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Foreword

The history of chemistry and pharmaceutical sciences is an impressive success 
story. The products of chemical and pharmaceutical industries are present every-
where in our everyday life. They help to pursue the modern way of living and they 
contribute to our high standard of living and safety, mobility, communication tech-
nologies, food, health, textiles and drinking water treatment, among many others. 
These products are labeled under the categories: pharmaceuticals, pesticides, deter-
gents, fertilizers, dyes, paints, preservatives, food additives and personal care prod-
ucts, to name a few. Within these categories, groups of chemicals with similar 
structures can be found. However, often groups of chemicals with very different 
structures belong to the same category.

For a long time the production of chemicals and pharmaceuticals, their usage and 
application was connected with the heavy pollution of the environment and serious 
health effects. At the end of the last century, it was realised that the products of chemi-
cal and pharmaceutical industries are presenting a new type of environmental pollu-
tion that may also pose a health risk to the consumer. Most chemicals are used in 
so-called open applications in excessive amounts e.g. for personal care, hygiene, plant 
protection, health and in textiles. In many cases such as scents, detergents, textile 
chemicals, surface disinfectants, pesticides and others it is unavoidable that these 
chemicals are released into the environment according to their intended use. These 
chemicals are detectable in the environment at ng/L–µg/L concentration levels and 
are often called micro-pollutants (because their concentrations are very low) or 
emerging contaminants (since the concern about them is only recent) or xenobiotics 
(since most of them are synthetic, i.e. xenon to bios which means foreign to life). 
Some of the compounds that are of interest are of natural biological origin however, 
such as mycotoxins, aflatoxins, some hormones and others. But they do fall in the 
group of xenobiotics, since they are foreign to the organisms in which they are found, 
due to uptake and bioconcentration processes, after their release in the environment.

It has been learned that the xenobiotics often spread within the water cycle. The 
presence of these compounds in the water cycles is a widely acknowledged fact. 
However, knowledge on their fate and effects and on opportunities for their removal 
and input prevention is scarce. The presence of xenobiotics in the aquatic environ-
ment is seen as one of the big challenges for a sustainable water future, especially 
in arid countries where water reuse is of utmost importance. In countries with no 
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water reuse, it is still desirable to have no contaminants in drinking water for health 
and ethical reasons.

Hazardous chemicals, like many of the xenobiotic organic compounds, are of 
rising concern in urban water management since water supply, urban drainage and 
wastewater treatment systems were originally designed solely to solve other prob-
lems (supply of potable water, flooding prevention and sanitation). Thus, there is a 
need to understand, in an integrated manner, the sources, flow paths, fate and 
effects of hazardous chemicals on both humans and ecosystems. This book does not 
aim at presenting all the related available information. Instead, it addresses some 
typical issues related to usage, occurrence, fate, effects and methods and measures 
for input reduction and the removal of such xenobiotic compounds.

This book was created within COST (European Cooperation in the field of 
Scientific and Technical Research) Action 636 (http://www.cost.esf.org/domains_
actions/essem/Actions/Xenobiotics_in_the_Urban_Water_Cycle). The main objec-
tive of COST Action 636 Xenobiotics in the Urban Water Cycle was to assess the role 
of xenobiotics in the urban water cycle and to set up strategies for minimizing their 
impact on humans and ecosystems. The COST Action 636 provided the tools for the 
integration of knowledge and experience at the European level to create a critical 
mass required to assess the role of xenobiotics in the urban water cycle. The Action 
included a multi-disciplinary approach with discussions and exchange of knowledge 
among experts and stakeholders on the specific topics related to xenobiotics in the 
urban water cycle. The publication of the book would have not been possible without 
the support of the Chair of the COST Action 636, namely Dr. Anna Ledin, Professor 
at the Technical University of Denmark whom the Editors warmly thank.

The Editors would also like to acknowledge all those people who created the 
opportunity for discussions, exchange of ideas and sharing of results on xenobiotics 
in the urban water cycle, as well as the encouraging comments. They would also 
like to warmly thank their co-workers of their research groups for their support in 
the daily working routine, giving them the necessary time to edit a book in such a 
dynamic field.

The Editors would also like to express their gratitude to Ms. Betty van Herk and 
Mr. Paul Roos and their team at Springer Publisher who strongly supported the idea 
and helped to make this book a reality.

Last but not least, special thanks are extended to all the authors who devoted 
their precious time to contribute to this book.

June 2009

Nicosia, Cyprus	 Despo Fatta-Kassinos
Aalborg, Denmark	 Kai Bester
Freiburg, Germany	 Klaus Kümmerer
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Scope of the Book

The products of chemical and pharmaceutical industries are present everywhere in 
every day life. These products include medicines, disinfectants, contrast media, 
personal care products, dyes, laundry detergents, surfactants, pesticides, dyes, 
paints, preservatives food additives and personal care products, to name a few. 
Within these categories, groups of chemicals with similar structures can be found. 
However, groups of chemicals with very different structures often belong to the 
same category. The very wide array of chemicals on the market is expected to con-
tinue further to diversify and grow as knowledge and technology advance. Most of 
them are released into the environment according to their use, like for example, 
personal care products and pharmaceuticals. These types of chemicals enter the 
environment continuously via domestic and industrial sewage systems and via wet-
weather run-off (e.g. from animal farms). Many of the chemicals of emerging inter-
est, including pharmaceuticals, have not been fully examined yet for their negative 
environmental effects. This is surprising if one considers the fact that pharmaceuti-
cals, for example, are designed to modulate immune and endocrine systems and 
cellular signal transduction and as such have obvious potential to interfere with 
organisms in the environment. Many of these chemicals are designed to have pro-
found physiological effects, so it would not be surprising if they were found to 
affect fish, insects and other forms of life. Even relatively short-living chemicals 
can cause chronic exposures because they are continuously infused into the envi-
ronment. It is important also to note that even though individual concentrations of 
such chemicals might be low, the combined concentrations from those sharing a 
common mechanism of action could be substantial. It is now appreciated that the 
transformation of the parent compounds may be incomplete in the environment and 
in treated effluents. These recalcitrant or persistent chemical entities may also add 
to the already huge number of potentially-toxic/suspicious/unsafe chemicals pres-
ent in the environment. Even less is known about these transformed chemicals 
compared to their parent compounds, in particular in relation to their possible 
effects on environmental organisms and humans (easily reachable e.g. via drinking 
water). The various chapters of this book address these important issues along with 
other related issues and present specific examples.

The first section of the book is dedicated to the occurrence, sources and fluxes 
of various compounds in urban waters. Information is also included on quantitative 
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mass flows of xenobiotics in waters and sewage treatment plants and examples on 
the identification and classification of sources and uses of such compounds in urban 
environments. The objective was to include information on compounds that were 
only recently investigated, like for example, scents, illicit drugs, toxins, and plati-
num group elements.

Illicit drugs constitute a new class of chemicals with potent psychoactive proper-
ties and unknown effects to the aquatic environment. A summary of the occurrence 
of such drugs in water resources is given, providing specific examples from various 
countries such as the U.S., Italy, Germany, U.K. and Spain. The increase of plati-
num group elements’ contamination in different matrices is summarized, present-
ing data on their current environmental concentrations, their bioavailability and 
their effects on aquatic organisms. Furthermore, a short overview on the current 
usage and regulation of scents for Europe and the U.S. and the associated possible 
risks of their introduction into the environment is included.

The eutrophication of water resources, mainly attributed to antrophogenic activi-
ties such as sewage and agricultural runoffs, has led to a worldwide increase in the 
formation of cyanobacterial harmful algal blooms (Cyano-HABs). Cyano-HABs 
have the ability to produce and release toxic compounds, commonly known as 
cyanotoxins, which are a potent threat for human and animal health and have nega-
tive economical impacts. An overview on the sources and occurrence of species of 
cyanobacteria and their association with the production of cyanotoxins throughout 
the world is provided.

Marine sediments are characterized as the memory of the pollution constituting 
a sink for the more hydrophobic compounds posing an unacceptable risk to aquatic 
biota, in which these compounds can bioaccumulate, and to human health through 
the ingestion of contaminated fish and shellfish.

Information on the compounds most frequently occurring in marine sediments, 
namely PAHs, surfactants, halogenated compounds, organotin compounds and some 
pharmaceuticals, is provided. In the same line, sewage sludge contains a plethora of 
organic pollutants. Experiences related to the applicability of sewage sludge as a 
matrix for monitoring persistent lipophilic contaminants released from the anthropo-
sphere are reported and discussed herein. Polycyclic aromatic hydrocarbons, poly-
chlorinated biphenyls, organochlorine pesticides, phthalates, UV filters, biocides, 
synthetic fragrances, polybrominated flame retardants and surfactants were analyzed 
in stabilized sewage sludge from more than 20 sites (wastewater treatment plants, 
catchment area) in a monitoring network in Switzerland and are reported herein.

The second section of the book is dedicated to the fate, effects and risks associated 
with the presence of xenobiotics in urban waters including information on the:

Co-metabolic removal of chlorinated organic compounds by providing examples ––
on field, pilot and laboratory studies
Photochemical transformation of pharmaceutical active ingredients when pres-––
ent in the aquatic environment and during the application of photo-induced 
treatment processes
Analytical identification and quantification of the transformation products of ––
selected pollutants
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Transport and fate of pollutants within cities by providing examples from Halle/––
Saale and Leipzig
Novel concepts related to the environmental risk assessment of pharmaceuticals ––
and hydroxyl benzoate preservatives

The third section presents various treatment processes and evaluates their poten-
tial to remove xenobiotic compounds. As an example, the removal potential of 
estrogens during wastewater treatment is assessed while the criteria that could con-
tribute to the enhancement of the removal potential of treatment plants in respect to 
a number of xenobiotics are presented. The capacity of using membrane bioreactors 
as an efficient technology is presented by providing examples on the removal of 
various pollutants of industrial origin. Moreover, in a separate chapter, a synopsis 
on the current knowledge on membranes and xenobiotics is provided. Furthermore, 
the efficiency of the conventional and membranes bioreactors are compared in 
respect to their capacity to remove surfactants-derived alkylphenolic compounds, 
while the removals of xenobiotics from wastewater in sequencing batch reactors in 
conventional and two-phase configurations are presented.

The book gives also a short but necessary description of the key processes of 
advanced oxidation processes employed in water treatment and discusses process 
fundamentals, advantages and drawbacks. A concise review on the various 
advanced oxidation processes related to xenobiotic removal applications for 
water and wastewater, is given, including also examples on solar-driven catalytic 
processes. The review focuses on the science and engineering of water and waste-
water treatment in relation to such applications. The book provides also a deeper 
insight into the reaction mechanisms involved and products formed during the 
advanced chemical and photochemical oxidation of important naphthalene 
sulphonates.

This section discusses also the phytoremediation processes, focusing on the 
advantages and potential drawbacks as well as information about recent develop-
ments in this field of research and applications, especially in the area of decontami-
nation and cleaning of organic xenobiotics containing industrial and agricultural 
wastewaters.

Stormwater is one of the major pathways for the introduction of xenobiotics into 
the water cycle. The treatment of stormwater should of course constitute an integral 
part of precipitation water management. This could also contribute to meet current 
demands concerning water quality. In this respect, the requirements of the Water 
Framework Directive (2000/60/EU, WFD) continue to play a central role and pro-
vide a basis for discussion leading to further innovative solutions. In order to fulfill 
these requirements, major investments are necessary. An example taken from 
Germany is provided in this book.

The fourth section of the book is focused on the important issue of ‘mitigation 
measures’. Various technical and socioeconomic instruments are presented based 
on real examples in Sweden.

The book ends with an outlook that provides the reader with information on the 
various lessons recently learnt by the research community that is active in the field of 
xenobiotics and the identification of some of the major current knowledge gaps.
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Abstract  Typical concentrations and quantitative mass flows of anthropogenic 
compounds (such as personal care compounds, bactericides, flame retardants, 
plasticizers, detergents, complexing agents, as well as mycotoxins) in waste 
water are compared to typical per person loads in the influents and effluents of 
waste water treatment plants. They are evaluated to assess their significance for 
the contamination of the aquatic environment. Usually the number of persons 
serviced by a waste water treatment plant (WWTP) is well known, as the design 
parameters of the WWTP heavily rely on the per person usage of water and the 
per person emissions of nutrients as well as organic carbon. It is the intention to 
use these basic data together with concentrations from some waste water treat-
ment plants to make assessments on emissions from WWTPs, for which only 
basic design parameters are available. These data can be used for predictions 
of waste water contamination concerning pollutant loads and concentrations 
for waste water treatment plants that have not undergone extensive monitoring. 
The relevance of the respective pollutants for surface waters as well as sludge is 
demonstrated.

The focus of this chapter is on those compounds that are emitted continuously 
during dry weather. – No storm water issues will covered in this book chapter.
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1.1 � Introduction

This study was undertaken to help scientists and regulators to understand and predict 
concentrations and mass flows of organic pollutants (i.e. compounds that are regulated 
or have proven detrimental effects to some organisms, such as Nonylphenol, Brominated 
Bisphenylethers) other xenobiotics (i.e. man made compounds that are not necessarily 
toxic at environmental concentrations, such as fragrances) and some natural toxins 
(mycotoxins and isoflavones) from sources via waste water into the environment 
(Kolpin et al. 2002; Bester et al. 2008a, 2008b and 2008c). Lots of these compounds 
have come into focus of considerations of water managers as they are issues directly 
(as prioritised compounds in one of the annexes) or indirectly (as having possibly 
effects on the good ecological status) in the water framework directive (EU 2000).

This study focuses on those compounds that are introduced predominantly dur-
ing dry weather normal flow conditions, thus compounds that are to our knowledge 
emitted mainly through storm water and rain events are ignored. This is due to the 
fact that at the current state it seems to be hard enough to compare dry weather data, 
while the understanding of the behaviour of organic micro-pollutants emissions in 
storm water is too poor to generalise or predict anything. The results included in 
this paper stem from very different studies but the authors have tried their best to 
compare and evaluate the most representative data. Usually this paper will represent 
data for urban European waste water treatment plants (WWTPs) larger than 30,000 
person equivalent treatment capacity.

This contribution does not intend to observe in too much detail which process in 
the WWTP is relevant for which transformation or elimination but to give a general 
overview on the mass flows in waste water treatment with activated sludge pro-
cesses (BOD removal, denitrification and phosphorus removal) which are standard 
in most European countries.

In this chapter the wording elimination rate will be used to indicate removal 
from water, without indicating for any mechanisms, as this wording has found some 
acceptance in the literature.

1.2 � Results

1.2.1 � Personal Care Compounds

1.2.1.1 � Fragrances

Personal care compounds are used by all of us in daily life (Reiner and Kannan 2006). 
Fragrances such as HHCB (trade name, e.g. galaxolide®), AHTN (trade name, e.g. 
tonalide®), OTNE (trade name e.g. iso-E-Super®) and others are used in washing 
processes, especially softener, cosmetics, and in perfumery (Reiner and Kannan 
2006). Obviously these applications can be expressed as a emission per average person 



51  Quantitative Mass Flows of Selected Xenobiotics in Urban Waters

(Bester et  al. 2008a, b; Bester 2004, 2005a). These fragrances are sooner or later 
washed into waste water, thus their loads could be assessed through sales data. 
However, in the past the sales data have not been made available by industries due to 
trade secrets. These musk fragrances are necessarily relatively lipophillic, as they are 
made to sorb on fabric (Schmid et al. 2007). Some of the polycyclic musks have been 
discussed because of their estrogenic properties (Seinen et  al. 1999; Bitsch et  al. 
2001). They have also been discussed as markers for waste water discharge into sur-
face waters. The concentration of these compounds in waste water ranges consider-
ably depending on the fraction from industrial and municipal waste waters (Table 1.1). 
The elimination rates published in the different literature sources is diverse, depend-
ing on the respective waste water treatment technology used. In this paper reference 
is given to European urban waste water treatment. In these the elimination rate is 
usually due to sorption especially due to settling in the primary settler for HHCB and 
AHTN while for OTNE other mechanisms might be relevant as well (Artola-Garicano 
et al. 2003; Ternes et al. 2004; Bester 2004, 2005a; Bester et al. 2008a, b). These 
fragrances have been demonstrated to be present in urban fresh waters, in estuarine 
and marine waters (Andresen et  al. 2007) as well as the respective biota (Nakata 
2005; Schmid et al. 2007).

Other fragrances such as nitromusks, e.g., musk xylene, and musk ketone as well 
as their metabolites (musk amines) are now less relevant than in earlier days (up to 
1990). Typical concentrations now (2000–2005) are 10–100 ng/L in the inflow of 
the WWTPs, while there were around 1000 ng/L in the 1980s. This indicates that a 
drastic substitution of nitro musks in most products occurred in this decade (Bester 
2007). Newer fragrances such as the macrocyclic musks, for example, habanolide, 
cyclopentadecanolide, ethylenebrassylate were not (yet) found in waste water thus 
the concentrations are below the limit of quantification (1 ng/L). This finding is 
indicating the low usage, the low dosage or the easy degradability of these com-
pounds (Gautschi et al. 2001).

Input into WWTPs: Considering the mass flows into waste water treatment plants 
and the number of inhabitants serviced, the per person input to waste water treatment 
plants can be calculated. The data presented here are means of five waste water treat-
ment plants in the Rhine/Ruhr region with 30,000–1,000,000 person equivalents (PE).

Discharge into the receiving water: Considering the effluent concentrations as 
well as the water flow and the number of inhabitants (not the equivalents) the dis-
charge per person into the surface waters can be calculated. For better guidance best 
guesses on concentrations and loads to expect are given by expert judgement. It 
should be mentioned that the ranges given in Table 1.1 for the Rhine/Ruhr WWTP 
samples refer to dry weather. The results for the diverse WWTPs were obtained 
from 24 h flow controlled composite sampling for several days. Thus the mass flow 
into the WWTPs is assessed to be 500 mg per person per year (HHCB) and 130 mg 
for AHTN, respectively (Table 1.1).

European usage assessment: Considering about 300 million inhabitants an esti-
mated usage or emission into European waste water can be estimated to contain 175 
t/a (HHCB), 46 t/a (AHTN) and 287 t/a (OTNE). This agrees to estimates on 
European sales which were published by OSPAR (2004) to be 1,400 t (HHCB), and 
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385 t (AHTN) with strongly falling trends in 1997. In most assessments no significant 
mass fraction of HHCB or AHTN is volatised.

1.2.1.2 � Household-Bactericides

Similar application patterns appear to be relevant for synthetical bactericides that 
are used in consumer products such as triclosan (Singer et  al. 2002). This com-
pound is used to increase shelf life in cosmetics. It is also used to prevent unwashed 
sports clothes and shoes from developing odours (Adolfsson-Erici et  al. 2002). 
Additionally it is also used for some anti-microbial protection in food processing 
and in tooth paste. Most of the triclosan is washed of the respective materials 
sooner or later and is thus present in waste water (Singer et al. 2002; Bester 2003, 
2005b). The elimination rates in the waste water treatment plants (WWTPs) are 
usually rather high (>90%), high elimination efficiencies occur in the primary set-
tlers as well as in the main treatment tanks, probably due to biodegradation pro-
cesses. – No degradation pathway has been published yet. However it can still be 
detected in the effluents, in sludge and in surface waters (Balmer et al. 2004; Bester 
2005b). Triclosan can be detrimental for algae at environmental concentrations 
(10–30 ng/L) (Wilson et  al. 2003). This bactericide can be transformed into its 
methylated form, triclosan-methyl (Lindström et al. 2002; Bester 2005b) in waste 
water treatment and eventually in the environment. This metabolite is bio-accumu-
lating to a high extent, and causes currently the dominating peak when analysing 
lipophilic pollutants in fish from urban waters (Balmer et al. 2004). Considering the 
partition behaviour, it should be kept in mind that triclosan is a phenolic compound 
and its actual structure is very much pH dependent (Lindström et al. 2002).

Usually the concentrations of triclosan in waste water are in the range of 1,000–
10,000 ng/L, while the concentrations in the effluents are rather in the range of 
100–600 ng/L (Table 1.1). This variation is largely reflecting the mixing of municipal 
waste water (source) with the industrial waste water (no triclosan) as well as the water 
infiltrated into the sewer (no triclosan). Triclosan-methyl can be found with concen-
trations of about 10 ng/L in the effluents of the WWTPs (Bester 2003, 2005b). 
Considering dilution of waste water into surface water by 1:10 a concentration around 
10 ng/L in surface waters for triclosan and about 1 ng/L for triclosan-methyl can be 
estimated. This agrees well to the actual findings (Bester 2005b; Xie et al. 2008).

The data on triclosan presented in this paragraph stem from the same WWTPs 
as those for the other personal care compounds. The estimated total mass flow of 
triclosan in Europe considering the WWTP inflow data would be 245 t/a, which 
would be correlated to a European sale of about 350 t/a (Singer et al. 2002).

1.2.2 � Organobromine and Organophosphate Flame Retardants

Considering waste water, two groups of flame retardants are currently relevant: 
On one hand the lipophillic organobromine compounds such as the prioritised 
polybrominated biphenyl ethers (PBDE), brominated bisphenol A, hexabromocy-
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clododecane etc. and on the other hand the hydrophillic chlorinated organophos-
phates such as tris(2-chloro-1-methylethyl) phosphate (TCPP), tris(2-chloroethyl) 
phosphate (TCEP), tris(2-chloro, 1-chloromethyl-ethyl) phosphate (TDCP). 
These two groups have distinctly different emission behaviour but also their 
physico-chemical data are quite different. While the organobromines are more 
emitted from textiles (during laundry and production), the organophosphates are 
most probably emitted from construction materials than from textiles. While the 
organobromines are extremely lipophilic with log K

ow
 often higher than six, the 

organophosphates usually are rather hydrophilic with log K
ow

 often significantly 
lower than four (Table 1.1). This results in a situation were organobromines are 
usually very much attached to sediments and particulate matter and can thus be 
easily trapped in the sludge in waste water treatment, while organophosphates are 
usually found in the effluents of WWTPs (Meyer and Bester 2004; Marklund 
et al. 2005). However, compounds that are more closely connected with commer-
cial activities (construction, commercial laundry etc.) will give less predictable 
mass flows than compounds that originate from the “statistical” household 
(Meyer and Bester 2004; Bester 2007).

1.2.2.1 � Organobromine Flame Retardants

Brominated flame-retardants (BFRs) are used to prevent materials such as plastics 
and textiles from catching fire. The most common BFRs are polybrominated diphe-
nyl ethers (PBDEs), hexabromocyclododecane (HBCD or HBCDD) and tetrabro-
mobisphenol A (TBBPA). PBDEs can in turn be divided into the three technical 
mixtures, PentaBDE, OctaBDE and the fully brominated DecaBDE. The world 
production 2001 of these BFRs was about 200,000 t, the largest part being TBBPA 
(Thuresson 2006).

While PBDEs and HBCD are used mainly as additives to plastics and textiles, 
TBBPA is chemically incorporated into the polymer molecules and are therefore 
not as easily emitted from the materials as the additives (de Witt, 2002). It has been 
shown that TBBPA is not more abundant than the other BFRs in sludge although it 
is used in much larger amounts. In a Swedish study of sludge from 50 WWTPs the 
mean concentrations of DecaBDE, PentaBDE (as the sum of the most abundant 
congeners BDE47 and BDE99), HBCD and TBBPA were 0.12, 0.11, 0.045 and 
0.040 mg/kg d.w. respectively (Nylund et al. 2002).

The organobromines discussed here are not readily biodegradable, they are 
very lipophilic (logK

ow
 is 5.9–10 for tetraBDE to decaBDE, 5.8 for HBCD and 

4.5 for TBBPA) and they are distributed mainly into the sludge phase during 
waste water treatment (Table 1.1). PBDE are included in annex X of the Water 
Framework Directive (EC 2001) and pentaBDE is a priority hazardous substance. 
The EU risk assessment of HBCD (ECB 2007) recommends that HBCD is con-
sidered a persistent, bioaccumulative and toxic (PBT) substance although there is 
not an official classification yet. The EU risk assessment of TBBPA suggests the 
classification “Very toxic to aquatic organisms, may cause long-term adverse 
effects in the aquatic environment”.
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Another emerging BFR, marketed as a replacement for DecaBDE, is decabromo-
diphenyl ethane (deBDethane). DeBDethane has a chemical structure similar to 
decaBDE and would accordingly have similar properties concerning bioaccumula-
tion and persistence. Recently a survey was conducted of decaBDE and deBDethane 
in sludge from 42 WWTPs in 12 different countries around the world (Ricklund 
et al. 2008a, b). In most cases the sludge had been unaerobically digested. DecaBDE 
was found in all samples in concentrations from 0.003 mg/kg dry matter (d.m.) to a 
maximum of 19 mg/kg d.m. in a US sample. Two English samples also showed high 
levels (12 mg/kg d.m.). DeBDethane was present in all samples but two, in levels 
from 0.001 to 0.22 mg/kg d.m. The highest deBDethane/decaBDE ratios were found 
in Germany and neighbouring countries, while the lowest ratios were found in the 
U.S. and the U.K. This reflects the use patterns of the substances, according to 
Ricklund et al., with known high imports of deBDethane into Germany and the larg-
est market demands for decaBDE in the US and the UK.

A mass balance of DecaBDE and deBDethane in the Stockholm WWTP 
Henriksdal showed an influent load of 78 µg/person and day of DecaBDE and 
8.5 µg/person and day of deBDethane. In Table  1.1 the annual mass flows are 
given. Less than 1% of this was present in the effluent water, mainly due to the high 
removal of solids in Henriksdal WWTP (>99.5%) which resulted in the bulk 
organobromines partitioned into the digested sludge. The concentrations were 0.80 
and 0.081 mg/kg d.m. of DecaBDE and deBDethane respectively (Ricklund et al. 
2008b).

1.2.2.2 � Organophosphate Flame Retardants

About 30,000 t/a of these chlorinated organophosphates are being produced in the 
European Union. Ninety four percent of these are supposed to be used in rigid 
polyurethane foam plates for thermal insulation, 5% of the production is used in 
construction foams to fix windows etc. Minor fractions might be used in textiles. 
While the chloroethyl (TCEP), the dichloropropyl (TDCP) and the dibromopropyl 
(TBPP) derivatives have been used in the past, currently the usage in these applica-
tions is focussing on the monochloropropyl derivative (TCPP).

The data presented here stem from five WWTPs in the Rhine/Ruhr region. 
The concentrations range from a few 100 to above 10,000 ng/L, depending on 
the respective activities in that catchment area. As these compounds are usually 
not eliminated in waste water treatment, the effluent concentrations are identical 
to the inflow concentrations (Meyer and Bester 2004; Marklund et  al. 2005; 
Bester 2007).

Theses compounds are most probably emitted from commercial activities, such 
as constructing and re-constructing as well as demolition of buildings, thus inflow 
concentrations often decrease Friday to Monday (Meyer and Bester 2004). The 
usual annual mass flow in the influent of the WWTP would currently be between 
90 and 1,900 mg per person for TCPP, while it is less for the other chlorinated 
organophosphates (Table 1.1). The mass flows in the effluents are similar.
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However, considering the concentrations in waste water, Bester (2007) estimated 
the emission of TCPP to be 0.09–0.64 g/a inhabitant. Assuming similar emission in 
the European Union with 350 million inhabitants), this leads to emissions of 
30–220 t/a for Europe, which is of course only a minor mass flow in comparison to 
the production of 30,000 t/a. Also in this respect these materials are different to the 
personal care compounds. Additionally it should be considered that a considerable 
mass fraction of these compounds enter the WWTPs as foam particles (Bester 
2007), thus it is very hard to assess a full mass balance and to identify the most 
relevant routes of input into waste- and surface waters for these flame retardants.

1.2.3 � Plasticizers

1.2.3.1 � Organophosphates

Non-chlorinated organophosphates such as tri-n-butylphosphate (TnBP), tri-iso-
butylphosphate (TiBP), triphenylphosphate (TPP), tris(ethoxybutyl) phosphate 
(TBEP) and others are used as plasticizers in polymeric materials, as concrete addi-
tive, as hydraulic fluids, as floor polishers etc. (Bester 2007). From these diverse 
applications it can easily be derived that the concentrations of the single com-
pounds in waste water can vary quite massively depending on the respective water-
shed. However we try to give some guidance, especially as some of these 
compounds are regulated with discrete target values in the EU surface water direc-
tive (EEC 1976).

1.2.3.2 � Phthalates

Phthalates such as bis (2-ethyl-hexyl) phthalate (DEHP) are present especially as 
plasticizer in PVC products (EC 2008). Phthalates are essential as plasticizers for 
PVC, as pure PVC is a glass like compound and not suited for a lot of applications 
(EC 2008). Additionally phthalates are added to other polymers and paints. As 
phthalates are effective on the estrogen receptor (Blom et al. 1998) and the produc-
tion volume is several 200,000–600,000 t annually (EU 2008), this group of com-
pounds received special attention and thus especially DEHP is prioritised under the 
Water Framework Directive (EU 2000). DEHP is a lipophilic compound with a log 
K

ow
 of 7.5 (EC 2008; Table 1.1). However, though the concentrations in the crude 

waste water are usually pretty high (13,000 ng/L) DEHP sorbs very well to the sludge 
particles, thus DEHP is hardly found in relevant concentrations in the WWTPs 
effluent. DEHP is an issue of debate considering the sludge and for sludge disposal, 
as concentrations in sludge are again very high (some 10,000 ng/g dry matter). 
It should be considered for future monitoring that DEHP is currently phased 
out and being substituted by other lipophillic phthalates such as bis non-
ylphthalate (EC 2008). While the inflow concentration are higher than most other 
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pollutants reported in this paper (3,000–14,000 ng/L) it effluent concentrations are 
relatively small (100–700 ng/L) especially when considering problems with limit of 
detection and the blanks in lots of the analysis. This is indicating high elimination 
(as sorption to sludge) during the waste water treatment process. Thus the mass 
inflow of DEHP can be considered to be about 1,400 mg per person each year. 
A European consideration would give emissions of about 500 t DEHP into the waste 
water in Europe, which is only a small mass fraction of the DEHP produced.

1.2.4 � Nonylphenol and Nonylphenol Ethoxylates

Nonylphenol ethoxylates (NPE) constitute the major part of the group alkylphenol 
ethoxylates (APE) and are widely used as detergents, emulsifiers and dispersive 
agents. Also nonylphenol (NP) is used for some applications, such as resins, plas-
tics and stabilisers (ECB 2002). The most commonly used NP and NPE are mix-
tures of a large number of isomers that differ in the degree of branching of the nonyl 
group situated in the para position, and, for NPE, in the length of the ethoxy-chain 
which can vary from a few homologues up to 60–80.

In the WWTPs, nonylphenol ethoxylates are degraded to nonylphenol and non-
ylphenoxy carboxylic acids (Ahel et al. 1994). When calculating the mass flows of 
NP in WWTPs it is thus crucial to use NP equivalents (NP

eq
) since they occur in the 

form of ethoxylates in influents, in the form of free NP and in the carboxylic acid 
form in effluents and, finally, mainly as NP in digested sludge.

NP is toxic to aquatic organisms and not readily degradable. It has also been 
shown that NP exhibits estrogenic activity (ECB 2002). NP is included in the list 
of currently 33 substances in annex X of the Water Framework Directive (EC 2001) 
where it is identified as a priority hazardous substance. Environmental quality stan-
dards have recently been established for NP in surface waters: 0.3 mg/L as an 
annual average (EQS-AA) and 2.0 as a maximum allowable concentration (EQS-
MAC) (EC 2008). In a study of some Swiss rivers NP was found in ranges from 
below detection limit (0.13 µg/L) to up to 0.3 µg/L (ECB 2002). In a recent Swedish 
investigation of surface waters NP was found in concentrations above the EQS-AA 
in 12% of 92 sampling points (Sweco Viak 2007).

The total use of NP and NPEO within the EU was 78,500 metric tons in 1997 accord-
ing to the ECB Risk assessment report (ECB 2002). Since 2005, there is a restriction 
within EU on the use of NP and NPE above 0.1% in formulations intended for domestic, 
industrial or institutional cleaning, textiles and leather processing, metal working, etc., 
except in processes where there is no release into waste water (EC 2003).

In Sweden there have been a number of voluntary agreements between the 
industry and the Swedish Chemicals Inspectorate to phase-out the use of NP and 
NPE since the early nineties. In contrary to this, NPE is still found in influents and 
NP is present in sludge from Swedish WWTPs. In 2002, the average concentration 
was 17.2 mg/kg d.m. in sludge and the levels have been fairly stable since 1998 
(Thuresson and Haapaniemi 2005), see also Fig. 25.1, Chapter 25 of this book.

10.1007/978-90-481-3509-7_9
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Månsson et al. (2008) describes in a substance flow analysis (SFA) the flows 
of alkylphenolethoxylates (APE) through Stockholm, Sweden, with nonylphe-
nol being one of the studied compounds. During 2004 a total of 4–13 t of AP/
APE entered the system, which was defined as the City of Stockholm with 
766,000 inhabitants. Half of this amount was explained by the NPE content in 
textiles, mainly imported from outside the EU. Other sources were, for exam-
ple, paints, lacquers and cleaning agents. The, by far, largest single source (2–7 t) 
from the system was estimated to be emissions from imported textiles, entering 
the waste water during the washing procedure.

The average number of ethoxy units of the NPE found in textiles was eight 
which is the typical chain length of NPE in detergents (Rosenblom 2005). The 
molecular mass relation NP:NPE with eight units, is 2:5 and thus the total NP

eq
 

contribution to the Stockholm WWTPs from textiles was 0.8–2.8 t in 2004.
The total amount of NP in digested sludge in the Stockholm WWTPs in 2004 

was 426 kg based on analysis of monthly composite samples. The fate of the NP/
NPE entering the plants was estimated to be 30% of NP

eq
 to the sludge, 40% 

degraded and 30% in the effluent waters. This is based on the study by Ahel et al. 
(1994) who showed a 20% distribution to sludge and approximately 40% degrada-
tion in two Swiss WWTPs, as well as an American investigation of three plants 
where the sludge contained around 20% of the nonylphenols present in the inflow 
in two cases and 64% in the third (Loyo-Rosales et  al. 2007). In studies in 
Stockholm, a higher degree of NP distributed into the sludge was found. This was 
presumably due to the use of chemical precipitation of phosphate before primary 
sedimentation in the WWTPs. Thus the inflow of NP

eq
 to the Stockholm WWTPs 

was estimated to 1.4 t and consequently the contribution from textiles was 
60–200%. The annual per persons discharge of nonylphenols into the waste water 
was 1.8 g. Similar considerations in the Rhine/Ruhr lead to the assumption that in 
this region 0.5 g per person were emitted (Table 1.1) (unpublished data).

Later analysis (2007) of influent water to the two Stockholm WWTPs resulted in 
NP levels of 1.05 and 1.22 mg/L and in NPEO (average of eight ethoxy units) levels 
of 13 and 17 mg/L respectively. Recalculation of NPEO levels into NP

eq
 and adding 

the NP gives a total of 6.3 and 8.0 mg/L NP
eq

 in influents. This corresponds to a total 
of 963 kg for the two plants, which can be compared to the previously mentioned, 
somewhat larger estimated amount for 2004. The NPE concentration in the effluents 
from both plants was 0.3 mg/L while NP was <0.2 mg/L. The nonylphenoxy carboxy-
lic acids, which according to Ahel et al. (1994) accounted for almost 50% of the NP

eq
 

in effluents from the Swiss WWTPs, were not analysed in this study.

1.2.5 � Benzotriazoles

The complexing agents benzotriazole (BT) and tolyltriazole (TT, a mixture of the 
two 4- and 5-methyl isomers with the methyl substituent attached to the benzene 
ring) are widely used as anticorrosive additives, for example, in cooling and 
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hydraulic fluids, in anti-freezing products, in aircraft de-icer and anti-icing fluid 
(ADAF), and in dishwasher detergents for silver protection. These compounds are 
characterized by high water solubility, low vapour pressure and low octanol water 
distribution coefficients (log K

ow
: 1.23 and 1.89, respectively). Cancilla et  al. 

(2003a) found that a mixture of BT and TT was the primary cause of toxicity to 
Vibrio fischeri (Microtox) in one ADAF formulation they tested. BT is classified as 
toxic to aquatic organisms; it can cause long-term adversary effects in the aquatic 
environment. The first reports on the environmental occurrence and on risk assess-
ments of BT and TT were in connection to their application as corrosion inhibitors 
in ADAFs (Cancilla et al. 1998, 2003b; Corsi et al. 2003). BT and TT anti-corro-
sives were detected in the subsurface waters underneath airports at concentrations 
of 126 mg/L for BT and 17 mg/L for 4-TT as well as 198 mg/L for total TT. 
Concentrations of TT in receiving streams were less than 0.08 mg/L (Cancilla et al. 
2003a). Giger et al. (2006) found that 55% (71 kg) of the total amount of BT set 
free at the airport (130 kg) directly entered the River during or shortly after de-icing 
activities took place and that the pattern of the weekly loads agreed well with the 
pattern of usage of ADAF.

However, the overall contribution of the airport to the yearly BT mass flows of 
the investigated river watershed was only 18% (Giger et al. 2006). The main input 
of BT into the aquatic environment occurs due to its application as dishwasher 
detergent additives, being discharged in municipal wastewaters. Mean annual 
amounts of BT used in dishwasher detergents are 2 g/person (Table 1.1, data for 
Switzerland from Ort et al. 2005; McArdell et al. 2009). BT and TT were found in 
the mg/L range in the samples of primary and secondary effluents from 24 municipal 
WWTPs in Switzerland (Voutsa et al. 2006). The BT concentrations were always by 
a factor of 10–100 higher than the corresponding TT values. The median values for 
BT concentrations in primary and secondary effluents were 18 and 10 mg/L, respec-
tively. The elimination of BT in WWTP is relatively low with an average of 30%. 
Weiss and Reemtsma (2006) found similar concentrations in Germany. The benzo-
triazoles were determined in untreated municipal wastewater with mean dissolved 
concentrations of 12 mg/L (BT), 2.1 mg/L (4-TT), and 1.3 mg/L (5-TT). Removal in 
conventional WWTPs ranged from 37% for BT to insignificant removal for both TT. 
Compared to the other contaminants reported in this paper, benzotriazole is occur-
ring in the highest concentrations in surface water and the mass discharge into the 
environment is considerable. BT has been suggested by some authors as a marker 
for waste water discharge in surface waters (McArdell et al. 2009).

1.2.6 � Mycotoxins

Mycotoxins are a large and diverse group of fungal toxins which infect various 
crops both in the fields and during storage. The major classes of mycotoxins are 
aflatoxins, trichothecenes, fumonisins, zearalenone (ZON), ochratoxins and ergot 
alkaloids. These are produced by several species of the genera Aspergillus, 



171  Quantitative Mass Flows of Selected Xenobiotics in Urban Waters

Fusarium, Penicillium, and Claviceps (CAST 2003). Many mycotoxins are of 
concern for human and animal diseases. Consequently, their occurrence is widely 
investigated in food and feed. In contrast, much less is known about their environ-
mental fate and behaviour of these toxins (Bucheli et  al. 2005; Hartmann et  al. 
2007, 2008a, b). Since humans are continuously exposed to mycotoxins via food 
intake, and because a certain fraction of these compounds is usually excreted (in 
native, metabolized or conjugated form), we suggest that mycotoxins potentially 
classify as micropollutants in urban and natural waters (Bucheli et  al. 2008). 
Moreover, these facts legitimate their inclusion in this review.

Unfortunately, very little data has been published on the occurrence of mycotox-
ins in urban waters and sewer systems. The highly estrogenic ZON (as well as its 
metablites a-zearalenol, a-zearalanol, and b-zearalanol) was occasionally present 
in German and Italian WWTP in- and effluents at the low ng/L concentration level 
(Lagana et  al. 2001, 2004; Spengler 2001; Ternes et  al. 2001; Pawlowski et  al. 
2004). We quantified deoxynivalenol (a trichothecene) in the inflow (discharge of 
primary settling tank) and the effluent of three WWTPs in the river Glatt catchment. 
While the concentrations in the inflow were between 32 and 65 ng/L they ranged 
between 18 and 42 ng/L in the effluent (Table 1.1). Corresponding elimination rates 
ranged from 30% to 57% (own unpublished data).

Alternatively, expected concentrations in urban waters can be calculated from 
data of mycotoxins in human excrements. In the case of deoxynivalenol (DON), the 
quantified mean annual excretion via urine ranges from 3.5 to 13.5 mg/(capita*a) 
(Table 1.1, Data from UK: Turner et al. 2008a, b, and China: Meky et al. 2003). 
Interestingly, the predicted and measured concentrations of DON in the influents 
match well when using such excretion rates together with numbers of inhabitants 
and hydrological information in the catchments of the river Glatt WWTPs.

In a worst case scenario, concentrations in urban waters may be estimated from 
annual dietary intake data assuming a 100% excretion rate (usually, literature data 
on human excretion rates are rather scarce, highly variable, and dependent on the 
experimental conditions, but generally, excretion can be quite considerable). The 
annual intake of DON is estimated to vary between 1.9 and 31 mg/(capita*a) 
(SCOOP 2003; JECFA 2001). It is instructive to compare this range with the above 
stated 3.5–13.5 mg/(capita*a) for human excretion: both estimates are in the same 
range, with the intake data being slightly higher than those for excretion. This 
excellent match lends credit to the independent methodologies used to gather the 
data. Moreover, for a first exposure assessment of urban waters it seems justified to 
use intake as surrogates for excretion data.

Ochratoxin A was the only other mycotoxin for which we were able to find 
human excretion data. Mean annual amounts excreted via urine range from 6 to 66 
mg/capita (Table 1.1, data from UK: Gilbert et al. 2001; Bulgaria: Castegnaro et al. 
2006; Portugal: Pena et al. 2006; Manique et al. 2008, and Spain: Manique et al. 
2008), and the frequency of excretion (number of observations per number of test 
persons) from 45% to 100%.

Further dietary intake data are available for ochratoxin A. Thuvander et  al. 
(2001) indicated for 30 µg/(capita*a), while JECFA 2001 published somewhat 
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higher number, that is, 135 µg/(capita*a). This is also exhibiting a good match with 
excretion estimates (see above). For nivalenol SCOOP (2003) published 0.2–2.0 
mg/(capita*a). For HT-2 toxin SCOOP 2003 and JECFA 2001 found 0.2–2.7 mg/
(capita*a). The T-2 toxin was emitted with similar amounts (0.2–1.3 mg/(capita*a), 
according to SCOOP 2003 and JECFA 2001). ZON was detected with 0.02–0.7 mg/
(capita*a) (SCOOP 2003; JECFA 2000; Zinedine et al. 2007), while fumonisin B1 
(FB1) was described by SCOOP (2003) with <0.1–15 µg/(capita*a), and by JECFA 
(2001) with 440–4,380 µg/(capita*a).

The data is less clear for FB1. Mean urinary FB1 concentrations ranged from 13 
to 54 mg/(capita*a) in Mexican population, depending on the maize consumption 
(Gong et  al. 2008). However, FB1 is stated to be mainly excreted via feces 
(Shephard et al. 2007), but data is scarce. In South Africa, 33% of 40 rural fecal 
samples contained 0.5–39 mg/kg (Chelule et al. 2001). Unfortunately, the authors 
did not specify whether their data represents wet or dry weight. No other data are 
available for other mycotoxins.

1.2.7 � Isoflavones

Isoflavones belong to the diverse class of the flavonoides. Several of their represen-
tatives are weakly estrogenic (Breinholt and Larsen 1998; Zand et al. 2000; Choi 
et al. 2008), and occur naturally in a wide range of plants, such as soy or clover (e.g. 
Fletcher 2003). Although the occurrence of flavonoides in food, and their metabo-
lism and effects on human health have been widely investigated, little is known 
about their fate in urban waters. Here, we focus on the two compounds for which 
we believe that sufficient data allow a discussion in the context of this chapter, that 
is, genistein and daidzein.

The presence of genistein and daidzein in WWTP in- and effluent was investi-
gated by several authors. Studies in Australia (Kang et  al. 2006), Germany 
(Spengler et al. 2001; Ternes et al. 2001; Pawlowski et al. 2004), Italy (Lagana et al. 
2004; Bacaloni et al. 2005), Spain (Farré et al. 2007), and Switzerland (own unpub-
lished data) reported influent concentrations of genistein and daidzein from below 
the limit of detection (LOD) up to 954 ng/L, and from below the LOD up to 1,685 
ng/L, respectively. Respective effluent concentrations were in the range of below 
LOD – 83 ng/L for genistein, and below LOD – 81 ng/L for daidzein (Table 1.1). 
These numbers translate into general removal rates of 50–100% for genistein, and 
61–100% for daidzein. Lee et  al. (2008) determined similar concentrations and 
removal rates in a pilot sewage treatment plant.

Excretion rates of humans (mainly via urine, e.g. Rowland et  al. 2003) vary 
widely, depending on the diet, age and sex of the test persons. Mean numbers of 
roughly a dozen studies conducted in Australia, Germany, Japan, the UK, and the 
US range from 9 to 1,387 mg/(capita*a), and from 15 to 1,570 mg/(capita*a) for 
genistein and daidzein, respectively (Dalais et al. 1998; Grace et al. 2004; Hutchins 
et al. 1995; Lampe et al. 1999; Liu et al. 2005; Moors et al. 2007; Ritchie et al. 
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2004; Valentin-Blasini et al. 2003, 2005; Wolff et al. 2007; Yamamoto et al. 2001), 
with a frequency of observation of close to 100%. The median number of these 
studies is at 24 mg/(capita*a) and 36 mg/(capita*a) for genistein and daidzein, 
respectively.

These excretion rates can be compared with data on dietary intake. Data on 
isoflavone intake varies considerably and is much elevated if the traditional diet is 
based on soy products. Although there are numerous studies published, many of 
them report data on total isoflavone intake only. A non-exhaustive literature search 
for genistein and daidzein consumption in several European countries, Canada and 
the US yielded ranges from 26 to 2,336 mg/(capita*a) and 14–1,338 mg/(capita*a), 
with median numbers of 134 and 115 mg/(capita*a), respectively (Cotterchio et al. 
2008; Clarke and Lloyd 2004; de Kleijn et  al. 2001; Kirk et  al. 1999; van der 
Schouw et  al. 2005; van Erp-Baart et  al. 2003). Excretion of isoflavones occurs 
predominantly via urine, but at highly variable rates: 5–30% for genistein, and 
6–62% for daidzein (Rowland et  al. 2003; Lampe 2003; Manach et  al. 2005). 
Considering all uncertainties inherent to these estimates, the match between 
ingested and excreted amounts is still surprising.

1.3 � Conclusions

In this study we give an overview on the emission of compounds in concentrations 
as well as in mass flows. They can be used for comparison on whether other 
WWTPs may have a rather high or low load. Additionally these data may be used 
to predict the loads in WWTPs, and their receiving waters without the absolute 
need to start huge monitoring programmes. Interestingly, diverse as they are in 
nature, application and consumed amounts, most of the compounds compiled here 
exhibit annual per person loads in range of about 1–1,000 mg. These can be used 
as a predictive tool for the exposure of environmental compartments. Whether or 
not effects are to be expected in these compartments is a matter of toxicity as well 
as of exposure.
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Abstract  The sources and uses of xenobiotics in urban environments are very 
diverse, making structured approaches to source and use classification a fundamen-
tal requirement for effective pollution management. This chapter provides a general 
introduction to the topic of substance source and use identification, highlighting the 
key differences between different types of sources (e.g. processes vs. commodities; 
natural vs. anthropogenic etc.) and different types of uses (e.g. active vs. passive; 
dispersive vs. non-dispersive, etc.). Examples of relevant classification systems and 
their applications are also given, and the diversity of potential xenobiotic sources and 
uses is clearly demonstrated through the description of a series of ‘archetypes’ (i.e. 
model examples). The chapter concludes with an overview of useful source tracking 
approaches (e.g. database mining, marketing surveys, forensic approaches etc.).

2.1 � Introduction

What do a burning forest, a plastics factory and a baby’s playsuit have in common?
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The answer is that despite their clearly disparate nature, the items listed above share 
the following characteristic; they are all potential ‘sources’ of xenobiotics.1 This can also 
be said of toothpaste (Capdevielle et al. 2008), laundry detergents (Gordon et al. 2008), 
volcanoes (Capaccioni et al. 1993; Pyle and Mather 2003), dolls (Biedermann-Brem 
et al. 2008), mobile phones (Nnorom and Osibanjo 2009; Monteiro et al. 2007), car 
washes (Boussu et al. 2007), shoes (Kolomaznik et al. 2008), railway sleepers (Mateus 
et al. 2008; Thierfelder and Sandstrom 2008), wastewater treatment plants (Sabik et al. 
2004), and numerous other commodities and facilities. Although the extent and nature 
of the xenobiotics released from these different sources will certainly differ, each one is 
nevertheless a potential cause of environmental pollution, and hence a potential chal-
lenge for environmental management. For the fact is that modern societies are highly 
dependent on commodities and processes that involve the use/release of artificially syn-
thesised compounds and/or natural elements such as metals that would not normally be 
present on the earth’s surface in such an abundance and which in many cases are harmful 
to organisms (including humans) and ecosystems (i.e. they are hazardous substances). 
Thus, we are surrounded by a very extensive range of useful processes, facilities and 
commodities which have the unfortunate feature of also acting as pollutant2 storage and/
or supply vessels. The challenge then is to exploit both the beneficial ‘uses’ of xenobiot-
ics and the beneficial features and services of xenobiotic ‘sources’, whilst also undertak-
ing to limit the emissions of harmful pollutants into the natural environment. Policy 
makers continually seek to meet these challenges, with new regulations such as the 
European REACH regulation (EC 2006a) not only reflecting the need to protect human 
health and the environment from adverse chemical effects, but also acknowledging the 
need to protect the competitiveness of the European chemicals industry.

The inherent properties (e.g. solubility, volatility, biodegradability etc.) of xeno-
biotics are just as varied as their potential sources and uses, and the behaviour of 
different xenobiotic substances upon release to the environment varies accordingly 
(see Holt 2000 for background information on the fate of chemical substances in 
the environment). The ecotoxicity and environmental persistence of a substance 
have a large bearing on its environmental hazard, and it is clear that a ‘safe’ emis-
sion level for one compound may be orders of magnitude higher or lower than that 
specified for another. To further complicate matters, some sources/uses of xenobi-
otics may release a single harmful substance, whilst others release a mixture. The 
form of pollutant(s) released can also vary (e.g. different ionic species, isotopes, 
degradation products, metabolites etc.). Overall, the identity and form of the xeno-
biotic substance(s) released and the relative mix of substances in the emission 
stream is dependent on the specific source and/or use of the substance. The spatial 
distribution and scale of that source/use within the area of interest (e.g. a city, coun-
try etc.) and the type of regulatory and/or voluntary controls imposed upon it will 

1 The term xenobiotic is used here to refer to substances which are foreign to biological systems. 
This includes substances which may be found in an organism but not produced by it, and which 
are potentially detrimental to life. This definition includes artificially synthesised compounds as 
well as naturally occurring elements and compounds which, due to anthropogenic activities, are 
present at unnaturally high concentrations in the environment.
2 An environmental pollutant is a contaminant with the propensity to adversely alter the physical, 
chemical or biological properties of the environment.
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play a major role in determining its importance in relation to the overall emission 
of hazardous substances into the environment and to the overall risk posed by the 
particular substance(s) emitted. The relative hazards and risks associated with 
different xenobiotics and their release to the environment is not the focus of this 
chapter, but it is important to recognise that risk assessment activities are heavily 
dependent on adequate knowledge of substance sources and uses. This knowledge 
also forms an important basis for pollution monitoring, exposure assessment, and 
source control strategies for emission prevention and/or reduction.

When faced with such an extraordinary diversity of xenobiotic sources and uses to 
manage, it is useful to think about them in a more structured manner. For example, in 
designing a source control programme for a hazardous substance it is beneficial to 
know the full extent and array of sources from which that substance may be released. 
We need to know which sources are the most important in terms of the quantity of 
substance released, which sources will be relatively easy to control using on-site treat-
ment technologies, which sources are mobile, which sources are continually emitting 
and so on. This knowledge is vital for building up a picture of the patterns and path-
ways of substance flow throughout the environment and for supporting the calcula-
tion of mass balances and the evaluation of different pollution control strategies, as 
well as enabling typically limited monitoring resources to be optimally allocated.

It is also helpful to know the breadth of use of the target substance. Is it only used as a 
specialised insecticide for a single type of garden plant, or is it used as a solvent in dozens 
of different formulations of paints, car maintenance products and carpet cleaning materi-
als? Is there any potential to substitute the use of this substance in a particular application 
with that of another, and if so, would this substitution reduce the environmental risk? 
Alternatively, is the use of this substance the basis of a key industrial process, upon which 
tens of thousands of people rely for their livelihood? Clearly the range of questions we 
must ask in relation to managing xenobiotic sources and uses is extremely extensive with 
many different layers of complexity. That is precisely why it is so imperative to be able to 
categorise the sources and uses of substances in a structured manner, one that is suitable 
for organising and generating the information needed to answer these questions.

This chapter provides a general introduction to the topic of xenobiotic source 
and use identification and classification. The extensive range of potential sources 
and uses of xenobiotics in urban environments is illustrated and key differences 
between different types of sources and uses are highlighted. Examples of relevant 
classification systems and their applications are also given. Finally, an overview of 
the range of methods for tracking and identifying sources is presented.

2.2 � Definitions of Key Terms

2.2.1 � Sources and Uses

Although the sources and uses of xenobiotics are often closely related, the terms 
are by no means synonymous. For example, a wastewater treatment plant (WWTP) 
is almost always considered a major point source of pollutants, even though the vast 
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majority of pollutants emitted in the effluent are not actually used within the 
WWTP itself but are introduced into the sewage system from numerous different 
diffuse sources located within the wastewater catchment area.

Throughout this chapter the term ‘source’ is taken to mean a potential xenobiotic 
emission source. As such, the term covers a myriad of different commodities, facili-
ties, and processes (activities) which have the potential to release xenobiotics into 
the wider environment, and which may therefore have implications for the urban 
water cycle. For the purposes of monitoring and management, these sources are 
often divided into subcategories such as point and diffuse sources, mobile and tran-
sient sources, natural and anthropogenic sources and so on. The relevance of these 
and other key categories will be considered further in Section 2.4.

Henceforth, the term ‘use’ is taken to refer to the specific use/application of a 
substance in a process or commodity. Whether a substance is suitable for use in a 
particle process or commodity depends both on its chemical structure and on its 
characteristic emergent properties. For instance, chemical structure will play a 
major role in determining a substance’s ecotoxicity and therefore its biocidal poten-
tial, whilst key properties such as boiling and freezing points will determine 
whether a substance may potentially be used as a coolant or anti-freezing agent.

The use of a particular substance in an industrial process might lead to the 
release of that substance in the waste streams associated with that industry, and the 
relevant industrial facilities should hence be identified as possible sources of that 
substance. However, as indicated earlier the situation is not always so straightfor-
ward and there are many examples of unintentional (and possibly unregulated) 
sources of pollutants that do not result from the specific use of a substance but from 
its indirect use or accidental release.

It is therefore important to recognise that:

1.	 Not all sources of a particular substance are associated with the deliberate use of 
that substance and

2.	 Not all uses of a potential pollutant will necessarily result in its release

As evidence for the first of these statements, consider the combustion of wood 
for household heating. This is a common source of air pollution, emitting a range 
of pollutants including polyaromatic hydrocarbons (PAHs), volatile organic com-
pounds (e.g. aldehydes), and metals (see, for example, Bonvalot et  al. 2000; 
Hedberg et al. 2002) and yet it is very clear that the process of burning wood has 
nothing to do with the deliberate use of these substances. A forest fire or volcano 
would be another suitable example supporting this statement, these being natural 
sources of xenobiotics such as aromatic hydrocarbons, alkenes and metals 
(Capaccioni et al. 1993; Pyle and Mather 2003; Watt et al. 2007). There is also 
the case of the formation of degradation products, where the substance itself is 
not deliberately used but forms later due to chemical- and/or bio-degradation 
processes (e.g. formation of 4-nonylphenol isomers due to degradation of non-
ylphenol ethoxylates during wastewater treatment (Sabik et  al. 2004; Di Gioia 
et al. 2008). Finally, consider the case of contaminated sediment (previously act-
ing as a pollutant sink) that has been resuspended by a storm event and has 
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subsequently become a source of pollutants to the downstream environment (Old 
et al. 2004).

To clarify the second statement above, consider the use of a substance as an 
intermediate in a closed industrial process (e.g. during pharmaceutical production), 
where the intermediate is produced on-site and is not isolated as part of the process 
but is contained within consecutive reaction vessels. Occasionally the reaction ves-
sels are cleaned and the first flush of wastewater incinerated. Under this scenario 
the intermediate should not be emitted to the environment despite its deliberate use 
in this process. Of course, there is still the possibility of an accidental spill occur-
ring, resulting in an emission, but overall, the substance should be contained on-site 
and not be released from the facility. This highlights another key point, which is 
that high substance usage does not necessarily translate to high emissions, particu-
larly where uses are not of a dispersive nature and/or where very efficient emission 
control systems are in effect. By the same reasoning it must also be recognised that 
in some cases a relatively minor substance use may actually represent a very sig-
nificant emission pathway.

2.2.2 � Emissions and Releases

The terms ‘release’ and ‘emission’ are often used interchangeably in discussions 
about pollution and this is generally not problematic. Historically, ‘emission’ has 
been the term more commonly used to describe the discharge of a pollutant into the 
environment, typically being found in phrases such as emission permit, emissions 
monitoring, emission control strategies etc. However, in recent years there has been 
a gradual move towards greater use of the term ‘release’. For instance, until quite 
recently the Europe-wide pollution reporting and monitoring system established by 
the European Commission (EC) was called the European Pollutant Emissions 
Register (EPER), but in 2007 this was succeeded by a new system known as the 
European Pollutant Release and Transfer Register (E-PRTR). The term ‘release’ 
was not defined in the EPER decision document (EC 2000), whereas an emission 
was defined as a “direct release of a pollutant to air or water as well as the indirect 
release by transfer to an off-site waste water treatment plant”. In contrast, the 
E-PRTR decision document (EC 2006b) does not define the term ‘emission’ but 
defines ‘releases’ as “any introduction of pollutants into the environment as a result 
of any human activity, whether deliberate or accidental, routine or non-routine, 
including spilling, emitting, discharging, injecting, disposing or dumping, or 
through sewer systems without final waste-water treatment”

For some purposes it may be useful to make a distinction between the two terms 
in order that ‘emission’ can be used to refer to relatively large scale point source emis-
sions from industrial installations which have traditionally been the focus of pollution 
research, whilst ‘release’ can be used to refer to the gradual ongoing release of a 
substance from an article or surface (e.g. clothing, building materials, painted surface 
etc.) during its life cycle (including the service life and waste disposal phases). 
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In such cases the emission sources are likely to be subjected to emission limits and/or 
monitoring and reporting requirements, whereas the releases relate to more diffuse 
pollution sources, which can be described by release factors but which are less likely 
to be monitored or controlled. For the purposes of this chapter no distinction is made 
between emissions and releases, with the terms being used interchangeably.

2.3 � Uses of Xenobiotics

2.3.1 � Classifying the Uses of Xenobiotics

Due to their extensive range of physico-chemical properties, xenobiotics can be 
used for an extremely diverse range of potential applications. Indeed a great deal of 
time and money is spent in developing new substances specifically designed to have 
the appropriate characteristics for a particular use. Some substances are perfectly 
suited to a rather narrow range of specialist uses (e.g. 95 % of 1,2-dichloroethane 
is used to produce vinyl chloride which is further converted to polyvinyl chloride; 
BMU 2002), whereas other substances may be suitable for a wide variety of appli-
cations (e.g. the use of polybrominated diphenylethers (PBDEs) as flame retardants 
in polystyrene, textile coatings, wire and cable insulation, electronics etc.; Danish 
EPA 1999; US EPA 2006). The range of appropriate functional uses for a substance 
(e.g. as an antioxidant, softener, heat transfer agent, solvent etc.) is largely deter-
mined by the substance’s chemical structure and inherent properties, but even if a 
substance appears to be ideally suited for a particular use on the basis of its 
physico-chemical properties and chemical reactivity, it may be omitted from use 
due to other factors such as toxicity, regulatory controls, excessive cost, hazardous 
degradation products, voluntary agreements etc.

Generally, the ‘use’ of a substance can be classed as being either active or passive. 
For example, the active use of a substance could refer to the use of a pesticide in 
which the substance (e.g. endosulfan) is the active ingredient in the pesticide 
formulation. Continuing with this example, a passive substance use could be dem-
onstrated by a compound used as a carrier substance or dispersing agent (e.g. non-
ylphenol ethoxylate) in the same formulation. These substances are being used as 
additives rather than as active substances, but they are nevertheless released to the 
environment upon application of the pesticide. It is very common for substances to 
be incorporated into a commercial product in this manner, where they do have a 
functional role but where their own properties become secondary to that of the 
finished article (e.g. a plasticiser used in a rubber duck, or a biocide used in a paint 
formulation). Indeed the EU REACH legislation (EC 2006a) defines an article as 
“an object which during production is given a special shape, surface or design 
which determines its function to a greater degree than does its chemical composi-
tion”. It should also be noted that some substances could be present in an article 
merely as a by-product, impurity, or degradation product. In this case the substance 
has no functional use in that article, but may still be leached from the matrix during 
use or throughout the waste disposal and degradation pathway.
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Substance use can be classified on a number of levels. The most appropriate 
classification to use will of course depend on the actual purpose of the data collec-
tion and analysis. For instance, is the purpose to collect information about the range 
of potential functional uses of a group of substances, or to gather data about the 
quantity of substances used for manufacturing purposes on an industry by industry 
basis? In the European Commission Technical Guidance Document on Risk 
Assessment (TGD) (EC 2003) three different types of categories are applied for the 
description of substance use. These TGD use categories are used as the basis for 
assessing the extent of environmental and human health risks associated with sub-
stance use and emissions in the EU. The first category type (TGD main categories; 
see Table 2.1) provides a framework for classifying the extent of substance disper-
sion associated with a particular use (and hence potential worker and/or environ-
mental exposure), whereas the second category grouping is used to identify the 
major types of industry where the substance is in use (TGD industrial categories; 
see Table 2.1). Finally, the functional uses of a substance can also be utilised as the 

Table 2.1  Main categories and industrial categories used for characterising substance use according 
to the European Technical Guidance Document on risk assessment (TGD) (EC 2003)

Main categories

1 Use in closed systems
Ia Non isolated intermediates (substances restricted to the reaction vessels)
Ib Isolated intermediates stored on-site
Ic Isolated intermediates with controlled transport
II Use resulting in inclusion into or onto a matrix
III Non-dispersive use
IV Wide dispersive use

Industrial categories
  1 Agricultural industry (e.g. pesticides)
  2 Chemical industry: basic chemicals (e.g. solvents)
  3 Chemical industry: chemicals used in synthesis (e.g. intermediates)
  4 Electrical/ electronic engineering industry (e.g. semiconductors)
  5 Personal/ domestic (e.g. cosmetics; cleaning agents; insecticides for 

domestic use)
  6 Public domain (e.g. products used in public areas such as offices; cleaning 

agents; insecticides)
  7 Leather processing industry (e.g. dyestuffs)
  8 Metal extraction, refining and processing industry (e.g. heat transferring 

agents)
  9 Mineral oil and fuel industry (e.g. motor oil; fuel additives; gasoline)
10 Photographic industry (e.g. antifogging agents; sensitisers)
11 Polymers industry (e.g. stabilisers; softeners; antistatic agents)
12 Pulp, paper and board industry (e.g. dyestuffs; toners)
13 Textile processing industry (e.g. dyestuffs; flame retardants)
14 Paints, lacquers and varnishes industry (e.g. solvents; viscosity adjusters; 

pigments)
15 Engineering industry: civil and mechanical (e.g. construction materials; 

hydraulic fluid)
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basis for classification (TGD use categories; see Table 2.2). This last approach is 
particularly useful when considering the possible options available for substitution 
of a substance (for emission control purposes), as suitable alternative substances 
will most likely be classified under the same use category.

2.3.2 � Archetypes of Xenobiotic Substance Use

In order to further illustrate the diversity of xenobiotic uses in urban environ-
ments and the key ways in which these uses differ, a use typology with model 
examples (i.e. ‘archetypes’) is presented in Table 2.3. The archetype examples are 
drawn from a range of different industrial and functional use categories, and 

Table 2.2  Substance ‘use categories’ specified in the European Technical Guidance Document 
on risk assessment (TGD) (EC 2003)

Use categories

  1 Absorbents and adsorbents 29 Heat transferring agents
  2 Adhesives, binding agents 30 Hydraulic fluids and 

additives
  3 Aerosol propellants 31 Impregnation agents
  4 Anti-condensation agents 32 Insulating agents
  5 Anti-freezing agents 33 Intermediates
  6 Anti-set-off and anti-adhesive agents 34 Laboratory chemicals
  7 Anti-static agents 35 Lubricants and additives
  8 Bleaching agents 36 Odour agents
  9 Cleaning/washing agents and additives 37 Oxidising agents
10 Colouring agents 38 Pesticides
11 Complexing agents 39 Pesticides, non-agricultural 

(biocides)
12 Conductive agents 40 pH-regulating agents
13 Construction materials additives 41 Pharmaceuticals
14 Corrosion inhibitors 42 Photochemicals
15 Cosmetics 43 Process regulators
16 Dust binding agents 44 Reducing agents
17 Electroplating agents 45 Reprographic agents
18 Explosives 46 Semiconductors
19 Fertilisers 47 Softeners
20 Fillers 48 Solvents
21 Fixing agents 49 Stabilisers
22 Flame retardants and fire preventing agents 50 Surface-active agents
23 Flotation agents 51 Tanning agents
24 Flux agents for casting 52 Viscosity adjusters
25 Foaming agents 53 Vulcanising agents
26 Food/feedstuff additives 54 Welding and soldering 

agents
27 Fuels 55 Others
28 Fuel additives
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clearly demonstrate that the type of use will have a major bearing on the nature 
of the resulting emission (e.g. whether the emission will be diffuse or otherwise). 
It is important to recall, however, that the scale of use does not necessarily bear 
relation to the scale of emission (i.e. high substance usage does not necessarily 
equate to high emissions). The typology of uses is not intended as an exhaustive 
use classification system but as an illustrative tool for enhancing understanding 
of the potential range of xenobiotic uses and the potential implications for sub-
stance release to the environment.

2.4 � Sources of Xenobiotics

2.4.1 � Classifying the Sources of Xenobiotics

Given the extraordinary diversity of potential emission sources, a structured 
approach to source classification is a fundamental requirement for effective pollution 
management. Most of the existing large-scale emissions inventories were originally 
designed to facilitate the monitoring of major point sources of key pollutants (e.g. 
persistent organic pollutants, greenhouse gases, etc.) and hence focussed predominantly 

Table 2.3  Archetypes (i.e. model examples) of xenobiotic uses

Archetype 1a – Use resulting in inclusion into or onto a matrix: Active use
•	 Use of brominated flame retardants in consumer products such as electronic equipment and 

upholstered furniture (Kemmlein et al. 2003).
Archetype 1b – Use resulting in inclusion into or onto a matrix: Additive use
•	 Organic lead compounds added PVC as stabilisers to enhance heat resistance and durability 

during both manufacture and use (Thornton et al. 2001).
Archetype 2a – Non-dispersive use: Active use
•	 Use of 1,2-dichloroethane as an intermediate in the production of vinyl chloride which is 

subsequently used to produce polyvinylchloride (PVC) (BMU 2002).
Archetype 2b – Non-dispersive use: Additive use
•	 Use of fixed bed nickel catalysts for the industrial hydrogenation of oils and fatty acids 

(Morawski 2003)
Archetype 3a – Dispersive use: Active use
•	 Use of tributyltin (TBT) as the active ingredient in anti-fouling paint formulations for 

application to ships. These formulations are designed to gradually release the TBT over time 
to prevent the growth of algae, barnacles and other organisms (Santillo et al. 2001)

Archetype 3b – Dispersive use: Additive use
•	 Inclusion of inert additives in a pesticide formulation used for spraying. The additives are 

not intended to affect the target pest species but are used for preservation, UV-protection, 
stabilisation etc. They are released together with the active ingredients during spraying. 
(Cox and Surgan 2006)

Archetype 4 – No specific use
•	 Emissions of cadmium due to presence as an impurity in phosphate fertiliser applied to 

gardens (Grant and Sheppard 2008; Nziguheba and Smolders 2008).
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on classifying industrial emission sources. For example, the first Europe-wide 
emissions register, the EPER, was designed to classify and store emissions data for 
large and medium-sized industrial facilities operating within the industrial sectors 
covered by the Integrated Pollution Prevention and Control Directive (IPPC 
Directive) (EC 1996). The emissions data were classified according to the pollutant 
identity, the IPCC industrial activity category, and the geographical location of the 
relevant industrial facility. With the focus firmly on point sources of industrial pol-
lution, diffuse emissions such as those from the transport sector, natural sources, 
household sources and most agricultural sources were not covered. However, follow-
ing the EU ratification of the UN-ECE Protocol on Pollutant Release and Transfer 
Registers (PRTRs) and the adoption of EC Regulation No. 166/2006 (EC 2006b) 
concerning the establishment of a European PRTR, the EPER was succeeded in 
2007 by the more comprehensive E-PRTR. This development and the associated 
changes in reporting requirements corresponded with a general increase in efforts to 
monitor and account for diffuse emission sources (e.g. road traffic, domestic heating 
etc.). Other large-scale emissions inventories have also been moving in this direc-
tion. For instance, the US EPA Source Classification Codes (SCC) system (US EPA 
2008) has also evolved to include appropriate categories for classifying non-indus-
trial emissions, using Area and Mobile Source (AMS) codes to identify residential 
sources, mobile sources and a range of other non-industrial sources.

The SCC approach uses an extensive hierarchical classification system to iden-
tify the specific economic activity and process resulting in an emission. As the 
system is hierarchical and includes four different levels of description, it is possible 
to use the codes to describe emissions sources to different levels of detail as 
required. It also facilitates the reporting and analysis of aggregated emissions data, 
so that emissions can be compared on the basis of particular industry groupings 
(e.g. chemical manufacturing vs. primary metal production). A selection of SCC/
AMS codes and matching descriptions are presented in Table 2.4 to illustrate the 
type of information that is encoded with each additional level of detail.

The highly structured source classification systems described above were devel-
oped specifically to support the collection, storage, and interrogation of large 
amounts of emissions data. An advantage of adopting such a highly standardised, 
systematic approach to source classification for emissions reporting is that the use 
of harmonised classification structures (e.g. the EU Standard Nomenclature for 
Economic Activities [NACE]) can also facilitate the extraction of relevant data 
from other reporting systems which also use these standard classifications 
(Mikkelsen et al. 2008). For example, NACE codes could be used to extract infor-
mation from EUROSTAT (EC 2008) showing the average annual environmental 
protection expenditure for a particular industry group, or the number of people 
employed in that sector. Combined assessment of this type of information together 
with emissions data can be very informative, providing an indication of the poten-
tial socio-economic impacts of changing regulations (e.g. banning a substance or 
restricting some forms of industry). Clearly, it is important to take such factors into 
account when planning emission reduction strategies.
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From a more general perspective, it is also useful to consider the ways in which 
sources can be divided on the basis of major characteristics such as their spatial 
distribution, release patterns etc. Some of these groupings should already be appar-
ent, being widely used to differentiate between different types of sources (e.g. point 
vs. diffuse sources; natural vs. anthropogenic) whereas other characteristics have 
less commonly been used to delineate differences between sources (e.g. intentional 
vs. unintentional use/release). Depending on the particular application, some types 
of sources may be more relevant than others, and recognition of the ways in which 
they differ can be very useful in targeting source data collection (e.g. for regional 
pollutant emissions reporting, local source control planning, public education cam-
paigns, emission permitting activities, etc.). Whilst the categories described below 
are not necessarily all appropriate for creating a structured source classification 
system, they are suitably illustrative of the manner in which source and release 
characteristics can differ. Major source categories include:

Processes vs. commodities··

Processes (e.g. production of vinyl chloride; generation of electricity by coal com-
bustion; application of herbicide for roadside maintenance etc.) can directly pro-
duce emissions due to the use/formation and release of a pollutant. Processes can 
range from industrial processes to transport activities, household activities, natural 
processes and so on. The process may also lead to the production of a commodity 
(e.g. pesticide formulation). As indicated already throughout this chapter, a wide 
range of different commodities (i.e. articles, formulations, and products) may 
release substances at one or more stages throughout their lifecycle (i.e. during pro-
duction, transport, storage, use and/or waste disposal).

Point sources vs. nonpoint sources (i.e. diffuse pollution)··

Point source pollution comes from a single specific site and is generally used to 
refer to relatively large sources such as a factory smokestack or industrial wastewa-
ter outlet. The European Environment Agency (EEA) defines a point source as “a 
stationary location or fixed facility from which pollutants are discharged; any single 
identifiable source of pollution” (EEA 2008). By contrast, diffuse pollution does 
not come from a single identifiable site but from many different points across a 
‘source area’. Consider the emissions from car exhaust in an urban area for exam-
ple, where there are many cars travelling at any one time within that area. Diffuse 
pollution sources often emit to air, or to the urban surface, from where they may be 
mobilised by stormwater and hence transferred to receiving waters. According to 
the E-PRTR Regulation (EC 2006b) “diffuse sources are the many smaller or scat-
tered sources from which pollutants may be released to land, air or water, whose 
combined impact on those media may be significant and for which it is impractical 
to collect reports from each individual source”.

Continuous sources vs. intermittent sources··

This category is based on the pollutant release pattern from a particular source type. 
Traffic in a city centre or effluent release from a municipal sewage treatment plant 
are examples of relatively continuous sources, whereas a forest fire (whether deliberately 
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lit or accidental) is only an occasional source. In reality the pattern of release can 
be extremely complex, as even continuous sources are likely to have pulses of 
lesser and greater release rates rather than a constant release rate (Holt 2000). In 
fact, release patterns may actually show a characteristic daily, weekly, monthly or 
annual pattern, but whilst these detailed patterns are extremely important in the 
calculation of emissions using ‘release factors’, they are less important for the pur-
poses of source classification. For a detailed overview of pollutant release patterns 
see de Keyser et al. 2008.

Intentional vs. unintentional··

This distinction is not intended to indicate that any release of pollution to the envi-
ronment should be intentional, but rather that the use/release of a substance in a 
process/article is deliberate (e.g. biocide application) rather than accidental (e.g. 
due to spilling, or unintentional leaching), without purpose (e.g. by-products 
released from incomplete combustion), or even unrecognised (e.g. formation of a 
hazardous degradation product). In this case, the substance use is applied as an 
indicator of the type of source.

Restricted vs. unrestricted (regulated vs. unregulated)··

 Some sources are more suited to regulatory control than others. For example, large 
industrial sources may require emission permits and/or have emission limits 
imposed, whereas household sources are much harder to control in this manner. 
Nevertheless, it is important to recognise that the cumulative effect of many small 
unregulated sources together may actually be greater than that of larger more 
restricted sources (especially if the regulated sources are required to carry out pre-
treatment or follow best available techniques [BAT]) (see EIPPCB 2006).

Mobile vs. stationary sources··

A mobile source is used to refer to a moving source of pollution such as an aero-
plane, car, or ship, whereas a stationary source is easily demonstrated by an indus-
trial facility. Although these categories may seem to overlap somewhat with point 
and diffuse sources they are not always the same. For example, many small station-
ary sources (e.g. households) in the same source area would be considered as a 
diffuse source, even though they are stationary.

Natural vs. anthropogenic··

Anthropogenic emission sources are clearly exemplified by any type of industrial 
activity releasing pollutants, whereas a natural source could be a forest fire, a vol-
cano, or even an area of soil with naturally high metal concentrations.

Receiving compartment (e.g. soil, water, air)··

 A single source can release pollutants to one or more different environmental com-
partments (see Fig.  2.1). The compartments most commonly used in emissions 
inventories are air and water. However, a range of more specific compartments 
may also be used to facilitate modeling applications for investigating substance fate. 
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For example, major environmental compartments could be represented as air, sur-
face water, groundwater, permeable surface, and impermeable surface. The distinc-
tion between permeable surfaces (e.g. bare soil, grass, porous paving) and 
impermeable surfaces (e.g. roofing, tarmac, concrete paving) can be an important 
consideration in terms of the volume of surface runoff generated and the relevant 
pollutant transfer pathways and processes.

Indoor vs. outdoor source··

The indoor vs. outdoor categories can be used simply to divide sources into those 
releasing substances within a confined space (i.e. indoors) and those releasing sub-
stances directly into the outdoor environment. This category is of particular impor-
tance for studies investigating substance dispersal and/or human exposure risks. 
Both indoor and outdoor sources may release to a variety of environmental com-
partments (i.e. water, air, etc.).

Stage in life cycle at time of release··

The life cycle of a substance can be divided into a number of different stages, with 
releases into the environment potentially taking place at any stage of the life-cycle. 
The major stages are production; transport and storage; formulation; use (indus-
trial/professional/private use of an article/process containing the substance); service 
life (for articles used over extended periods of time such as electric cabling, shoes, 
carpet); and waste disposal (including waste treatment and recovery) (EC 2003).

Size of ‘release factor’··

The size of the release factor refers to the quantitative release of the substance from 
the source and can be described using units such as mg triclosan/g toothpaste; mg 
PCB/m2 roof area; mg nonylphenol/m3 effluent, etc. The overall effect in terms of 
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Fig. 2.1  Source visualisation – non-agricultural pesticide application
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the mass released will of course depend on the extent of use of the commodity/
process for which the release factor is specified. It should also be noted that the 
release factor may not be constant during the service life of a commodity.

Fast vs. slow release··

The time scale refers to the speed with which the substance is released from the 
source. Examples are the fast dispersal of anti-freeze substances due to the applica-
tion of de-icers, as opposed to the slow release of plasticisers from shoes due to 
wear and tear throughout the service life. The release time scale can be established 
by considering the time from start up of the process/article use, until the time when 
the substance can be detected in the ambient environment.

Direct vs. indirect release··

The direct release of a substance to the environment can be represented by the 
direct release of air or water pollutants from an industrial process, whereas an indi-
rect release would first be subjected to some form of treatment or diversion (e.g. 
released via a gas scrubber or WWTP).

Type of release process··

For any given source a number of different release processes may be relevant 
(Fig.  2.1), including evaporation, physical abrasion, weathering, leaching, and 
migration (diffusion). The physico-chemical properties of the substance (e.g. vola-
tility, water solubility), the way in which the substance is used (i.e. applied to a 
surface, bound into an article etc.), and the location of the source (i.e. local cli-
mate), largely determine which release processes will be applicable and their rela-
tive release rates.

2.4.2 � Archetypes of Xenobiotic Sources

In this section a typology of xenobiotic sources is presented (Fig. 2.2). As with the 
typology of uses presented in Table  2.3, this is not proposed as a complete and 
comprehensive classification system, but as a framework within which model 
examples of different source types can be presented. Access to a source typology 
such as this during project planning can support researchers and environmental 
managers in considering the wide array of potential sources for any target 
substance(s) and help them decide on the most relevant source types to focus on in 
order to achieve their project objectives. A further key benefit of this approach is 
that sources showing similar kinds of release characteristics may be amenable to 
the same kinds of monitoring and source control approaches (e.g. voluntary agree-
ments, end of pipe treatment etc.), and this could be an advantage when planning 
and testing emission control strategies. Consulting the source typology may also 
help to ensure that all types of sources are investigated and accounted for in studies 
dependent on such information (e.g. mass balances). However, an important point 
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to note is that the differences between categories are seldom as distinct as indicated 
in the typology (e.g. constant vs. frequent vs. occasional release) with most categories 
actually representing a continuum with extremes at either end rather than clear cut 
groups. Nonetheless, for the purposes of demonstration it is possible to provide 
model examples for each of the 12 archetypes derived using the developed typol-
ogy, and these are presented in Table 2.5.

The four categories used to delineate the source typology are:

1.	 Diffuse vs. point sources – The challenges for control of diffuse and point source 
pollution are quite different, with non point source pollution particularly difficult to 
control because of the large areas, multiple landowners and numerous sources 
involved. Recall also that there is some overlap of mobile and stationary sources with 
these categories, and that a single point source such as a municipal WWTP may actu-
ally be releasing pollutants (e.g. triclosan) which have originally been sourced from 
multiple diffuse sources discharging into the wastewater transport network.

2.	 Intentional vs. unintentional use/release – Note that the choice of this category 
also takes account of anthropogenic vs. natural sources as natural sources cannot 
be considered intentional.

3.	 Continuous vs. frequent vs. occasional use/release – This does not specify the 
release pattern as such but does have broad implications for source control 
options.

4.	 Receiving compartment (air, water, urban surface) – Note that a single source 
may actually emit to multiple environmental compartments in different loads, 
patterns and quantities (see Fig. 2.1).
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Fig. 2.2  Key showing the derivation of 12 different source archetype categories. Model examples 
have been chosen to demonstrate the characteristics of each of these archetypes (see Table 2.5)
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Table 2.5  Archetypes (i.e. model examples) of xenobiotic sources

Archetype 1: Point source; Intentional use/release; Continuous release
•	 Process: Release to air – Release of dichloromethane (DCM) due to the use of DCM-based 

paint strippers at an industrial facility.
Archetype 2: Point source; Intentional use/release; Frequent release
•	 Process; Release to water – Release of contaminated cooling water from nuclear power 

plants.
Archetype 3: Point source; Intentional use/release; Occasional release
•	 Process: Release to water – Release of cleaning agents during reaction vessel cleaning at an 

industrial plant
Archetype 4: Point source; Unintentional use/release; Continuous release
•	 Process; Release to water – Formation and release of chloroform due to reaction of chlorine 

and organic matter during disinfection of water by chlorination.
Archetype 5: Point source; Unintentional use/release; Frequent release
•	 Process; Release to air – Formation and release of dioxins during industrial waste 

incineration.
Archetype 6: Point source; Unintentional use/release; Occasional release
•	 Process; Release to urban surface and air – Accidental spill of chemicals due to a traffic 

accident involving a transport lorry
Archetype 7: Diffuse source; Intentional use/release; Continuous release
•	 Article; Release to urban surface, air and water – Slow, continual release of biocides 

from roofing materials (added to prevent growth of algae, moss, lichen and fungi in moist 
environments).

Archetype 8: Diffuse source; Intentional use/release; Frequent release
•	 Article; Release to water and air – Release of fragrances due to the use of perfumes and other 

scented personal care products.
Archetype 9: Diffuse source; Intentional use/release; Occasional release
•	 Article; Release to water and air: Emission of solvents and de-icers due to use on cars and 

planes.
Archetype 10: Diffuse source; Unintentional use/release; Continuous release
•	 Article; Release to urban surface – Release of platicisers and softeners to the urban surface 

due to car tyre wear and abrasion.
Archetype 11: Diffuse source; Unintentional use/release; Frequent release
•	 Article; Release to water – Leaching of biocide (e.g. tributyltin) from clothing during 

washing
Archetype 12: Diffuse source; Unintentional use/release; Occasional release
•	 Article; Release to urban surface and air – Release of solvents and metal based pigments 

during paint application.

For the source archetypes presented in Table 2.5 a combination of both indoor 
and outdoor examples has been selected, as well as examples from both article and 
process based sources. This is merely for the purposes of brevity as separate exam-
ples from each of these groups (indoor, outdoor, article, process) could potentially 
be identified for each of the different archetype classes. For the same reasoning, 
examples have been drawn from any of the potential receiving compartments, rather 
than providing a separate example for each. It should also be noted that a single 
source may actually emit different substances in different patterns and quantities 
during different stages of its life cycle, and may also emit to several different envi-
ronmental compartments at once. Hence, it is possible for some sources to fit into 
more than one of the different archetype categories (see Fig. 2.1, for example).
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2.5 � Source Tracking and Identification

With such a wide array of potential xenobiotic sources, comprehensive source 
tracking can prove to be quite a challenge. In this final section, a brief review of 
useful source tracking approaches is provided.

2.5.1 � The Literature

The initial stage in any source tracking exercise typically involves a review of rel-
evant literature. Both grey and peer-reviewed literature may provide useful infor-
mation. For example, it is quite common for special interest groups (e.g. trade 
organisations, environmental groups etc.) to compile and publish relevant informa-
tion on selected substances (e.g. pesticides). However, the lack of peer review can 
lead to the publication of subjective assessments and interpretations of data and this 
should always be borne in mind when consulting data from non peer-reviewed 
sources. A further useful literature source can be found in reports prepared by gov-
ernment departments such as emissions monitoring reports and risk assessments, 
although again it should be noted that these sources have often not undergone rigor-
ous peer review.

2.5.2 � Database Mining

A wide range of databases contain useful information regarding substance use. 
Some of these are open source databases whereas others operate on a ‘pay per view’ 
basis (e.g. research library databases). Relevant data may also be held in restricted 
use databases which typically contain confidential commercial information and do 
not allow general public access. For example, quantitative release data can be hard 
to source due to commercial sensitivities and an associated lack of studies being 
reported in the scientific literature. It is likely that governmental testing facilities 
and the production industry themselves do have such data for a wide range of sub-
stances in many different types of articles, but these studies are often associated 
with patent restrictions and confidentially agreements which make them difficult to 
obtain. Nevertheless, by establishing contacts with relevant industry officials it may 
be possible to view the data held within such databases in an aggregated form 
(for example, where substance use cannot be traced to any specific product line or 
industrial facility, but can be viewed for a particular industrial sector. This requires 
the co-operation of trusted contacts within the industrial sector).

Examples of useful databases that could be consulted for source tracking 
purposes include national emissions databases (e.g. the UK National Atmospheric 
Emissions Inventory) (NAEI 2008), the Merck Index (Merck 2006); the EU EPER 
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(EPER 2008), the E-PRTR (E-PRTR 2008), the US Hazardous Substances Data 
Bank (US HSDB 2008) and the US Household Products Database (US HPD 2008). 
These are just a few of the many relevant data sources.

2.5.3 � Chemical Screening and Monitoring

Chemical screening and monitoring is a very useful approach to source tracking 
and widely employed by both public authorities and industry. The costs associated 
with monitoring are very system dependent and can vary substantially depending 
on the target substance(s) to be measured. In some cases, cost related concerns may 
exclude this option from the range of tools available to researchers and environmen-
tal managers.

Screening and monitoring approaches which may be particularly beneficial 
include analysing WWTP influents and effluents, comparing weekend and working 
day wastewaters and/or air concentrations; monitoring wastewater and stormwater 
from individual buildings or catchment areas; analysing source separated wastewa-
ters such as greywater; and conducting substance release testing on selected 
commodities.

2.5.4 � Questionnaires/Marketing Surveys

Questionnaires and consumer surveys are usually done by marketing companies but 
some surveys are also carried out by independent researchers (these being fre-
quently complemented by in situ market surveys or interviews). The second type of 
survey can be commonly found in the literature, whereas marketing surveys are 
typically commercially sensitive and therefore more difficult to access. 
Questionnaires may be given to the general public, to householders, businesses etc. 
to help determine the types and quantities of products that they use. The structure 
and wording of questionnaires is extremely important, as this can significantly 
affect the results obtained. Previous experience has shown that people can easily 
forget or omit to give complete information.

2.5.5 � Official Statistical Records

Official statistical records such as international trade statistics can be extremely 
good sources of information indicating the extent of production and trade of spe-
cific substances and commodities. This information is also generally available for 
public use. Examples of useful classification systems and relevant statistics include 
the World Customs Organisation’s Combined Nomenclature (CN) (a systematic list 
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of commodities which forms the basis for international trade negotiations and can 
be used to determine international and EU trade statistics for specific commodities 
and chemical products) (EC 1987); the Common Nomenclature for Economic 
Activities (NACE) (EC 2002); the Nomenclature for Sources of Emissions (NOSE) 
(Eurostat 1998); PRODCOM (EC 2007) for the collection and dissemination of 
statistics on the production of manufactured goods; and emissions reporting sys-
tems such as the E-PRTR (EC 2006b).

2.5.6 � Green Procurement Information Programmes

Increasingly a range of both government and non-government organisations are 
documenting information about the environmental credentials of different product 
types and making this information available to professionals and the public to assist 
with green procurement and more informed purchasing and use practices. For 
example, the Danish EPA has a programme for the identification and assessment of 
substances in consumer products (Surveys on chemicals in consumer products) and 
the reports from their analyses are publicly available on the internet (Danish EPA 
2008). Similarly, the US EPA maintains a publicly accessible ‘Household Products 
database’ (US HPD 2008) whilst in Sweden, the Swedish Society for Nature 
Conservation regularly conducts literature/monitoring surveys of substances in 
consumer products and, based on the results, issues an eco-label for “Good 
Environmental Choice” (SSNC 2008).

2.5.7 � Forensic Source Tracking

Environmental forensics is a specific form of source tracking involving the system-
atic evaluation of physical, chemical and historical information to develop defen-
sible conclusions regarding the source (and/or timing) of pollutant emissions to the 
environment (Morrison 2000a, b). Often the purpose of this work is to bring com-
panies or individuals who have caused serious environmental damage to justice. 
Interestingly this field has seen the application of a range of very useful source 
tracking techniques, such as the use of diagnostic ratios (e.g. isotope ratios, isomer 
ratios, elemental ratios) and chemical fingerprinting approaches to identify the 
most likely sources of pollutants. Examples include the use of Pb isotope ratios to 
determine the major source of human exposure to Pb (Kamenov 2008; Levesque 
et al. 2003); the analysis of isomer ratios and assemblages to determine whether 
local PAH contamination is predominantly due to petrogenic or pyrogenic sources 
(Boehm and Farrington 1984); the use of lead/arsenic ratios to determine the rela-
tive contributions of Pb smelter operations and herbicide applications to soil arsenic 
contamination (Folkes et  al. 2001); and the use of biomarker fingerprinting 
approaches for forensic oil spill investigations (Hostettler et al. 2007; Christensen 
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et al. 2004). Environmental forensics is a growing field of research which is likely 
to further stimulate the development of optimised source tracking approaches.

2.6 � Conclusions

The sources and uses of xenobiotics in urban environments are very diverse, mak-
ing structured approaches to source and use classification a fundamental require-
ment for effective pollution management. There are many potential approaches for 
classifying xenobiotic sources and uses, with the most appropriate method being 
largely dependent on the actual purpose of data collection and analysis (e.g. mass 
balance calculation, emissions reporting, etc.). Pollutant source identification and 
monitoring approaches draw upon a variety of useful data mining and source track-
ing methods, and the source tracking ‘toolbox’ is likely to continue to grow in 
future years.
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Abstract  In recent years, the presence of human-use compounds in the aquatic 
environment has been recognized as an important issue in environmental chemistry. 
Among them, illicit drugs have been described as a new unexpected group of water 
contaminants with potent psychoactive properties and unknown effects to the 
aquatic environment.

The presence of these drugs in water resources is of rising concern and several 
studies are being conducted all over the world estimating discharged levels of drugs 
of abuse. In this chapter, a summary of the last works studying and reporting the 
occurrence of illicit drugs in water resources is performed. Up to now, drugs of abuse 
have been already detected in wastewaters and surface waters in the USA, Italy, 
Germany, the UK and Spain. These drugs reach wastewater treatment plants either 
unaltered or in their main metabolite form. Depending on the removal efficiencies, 
they can persist through wastewater treatment and be detected in receiving waters, 
which in some cases are used for drinking water production. The presence of these 
compounds in raw waters and their elimination through the drinking water treatment 
must be considered as an issue with regard to the quality of water supplies.

3.1 � Illicit Drugs in Water Resources

The presence of human-use compounds in aquatic environments has been recog-
nized as an important issue in environmental chemistry. Water analysis has dem-
onstrated to be able to provide exhaustive and reliable information regarding 
human habits and activities. For instance, the presence of brominated flame retar-
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dants in water can tell us about the industrial activity on a specific area; or the 
analysis of pharmaceutical residues can offer a general overview on health and 
drug consumption patterns of certain population clusters served by specific waste-
water treatment plants (WWTPs). Recently, illicit drugs have been identified as a 
new unexpected group of water contaminants confirming this “water squealer” 
ability. To date, these compounds have been already found in several water matri-
ces around the world and the concern regarding their presence in these resources 
is exponentially growing due to their potent psychoactive properties and their 
unknown effects to the aquatic environment. The presence of illicit drugs in water 
resources is related to two main causes. On the one hand, most of the main con-
sumed illicit drugs are excreted unaltered or as slightly transformed metabolites, 
which reach the sewage system, and can be then easily identified (Table 3.1). On 
the other hand, the high consumption rates reported for these compounds explain 
their relative high concentration levels in the aquifer. Specifically, around 200 
million people in the world are estimated to have used illicit drugs at least once 
during the last year (United Nations Office of Drug and Crime 2007). Cannabis is 
the most consumed one affecting by far above 4% of the global population aged 
between 15 and 64 years old. Next, opiates (especially heroin) and cocaine are the 
two second most consumed illicit drugs at the global level (United Nations Office 
of Drug and Crime 2007). Nevertheless, different patterns of use can be found 
depending on the country/region selected. For instance, in Europe and in Asia, 
opiates are the most consumed illicit drugs, with percentages of use above 58% 
and 62% among the adult population (15–64 years), respectively. In Africa and 
Oceania, cannabis is the most abused drug (63% and 46% adults, respectively) 
while in South-America cocaine use is still predominant (48%). Finally, in North 
America, cocaine and cannabis are the two most consumed illicit drugs with 
percentages above 29% and 26%, respectively. Despite these general region per-
centages, different patterns of use can also be found depending on the country/area 
selected. For instance, in Spain, the annual prevalence levels of cocaine exceeded 
those in the USA and the number of users is four times higher than the European 
average (among the adult population 15–64 years), demonstrating important local 
differences in the drug use panorama among countries.

3.1.1 � Wastewaters

An alternative method to determine illicit drug consumption by measuring these 
drugs in wastewaters was first proposed by Daughton (2001). Few years later, this 
theory was put into practice in two works related to the determination of some illicit 
drugs in water resources (Jones-Lepp et al. 2004; Zuccato et al. 2005). The first one 
reported the presence of methamphetamine (0.8 ng/L) and 3,4-methylene-
dioxymethamphetamine (MDMA) (0.5 ng/L) in effluent samples of three WWTPs 
in the USA. But it was in 2005 when scientists from the Mario Negri Institute in 
Italy centered their efforts to exclusively look for illicit drugs in water resources 
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(Zuccato et al. 2005). In this work, the presence of cocaine and its major metabolite, 
benzoylecgonine, was reported for the first time in wastewaters and in the Po 
River. Cocaine was found in four WWTPs at concentrations ranging from 42 to 
120 ng/L and the levels of benzoylecgonine were in accordance with the metabolic 
excretion ratios (0.15 ± 0.03) giving concentrations ranging from 390 to 750 ng/L. 
Additionally, both compounds were also found in Po River with concentrations of 
2 and 25 ng/L, respectively. Few months later, an extended study from the same 
research group (Castiglioni et al. 2006) confirmed the presence of cocaine together 
with other illicit drugs, such as amphetamine type stimulants, morphine or metha-
done in influent and effluent samples from two Italian WWTPs. The occurrence of 
illicit drugs was also confirmed in Germany (Hummel et  al. 2006) and Spanish 
(Huerta-Fontela et  al. 2007) wastewaters. These results not only established the 
presence of illicit drugs in water resources but also suggested incomplete removal 
during the wastewater treatment. A more extensive work was then published 
regarding the presence of stimulatory illicit drugs in 42 WWTPs in Spain (Huerta-
Fontela et al. 2008a). Most of the studied illicit drugs were found in both influent and 
effluent wastewaters. Cocaine and its metabolite were detected in wastewaters at 
concentrations ranging from 4 to 4,700 ng/L and from 9 to 7,500 ng/L respectively, 
while concentrations of amphetamine type stimulatory (ATS) drugs ranged from 2 
to 688 ng/L. Additionally, their removal was also studied in eight WWTPs, showing 
variable percentages of elimination depending on the compounds and on the influent 
concentration levels. For instance, cocaine and benzoylecgonine removal percent-
ages were higher than 88% while those for ATS varied, ranging from 40% to more 
than 99%. The persistence of illicit drugs during wastewater treatments has been 
also confirmed, for the time being, in surveys performed in Ireland (Bones et al. 
2007), Belgium (Gheorghe et al. 2008; van Nuijs et al. 2008) and in Spain (Boleda 
et al. 2007; Postigo et al. 2008). In Table 3.2, a summary of the results published 
regarding the detection of illicit drugs in water is given.

Daily variations were also evaluated during seven consecutive days in WWTP 
from Italy (Zuccato et  al. 2008a). Concentrations of THC-COOH were constant 
during the week suggesting steady use of cannabis. For benzoylecgonine, maximum 
values were detected on Saturday, corroborating previous results obtained from a 
survey performed in Spain (Huerta-Fontela et al. 2008a). However, different results 
between both studies were obtained when variations in ATS were evaluated. While 
constant values were obtained all through the week in Italian wastewaters, in Spain 
significant maximums were observed at weekend suggesting different patterns of 
use during the week.

3.1.2 � Surface Waters

The non-quantitative elimination of illicit drugs in WWTPs has a direct effect in 
rivers, lakes, or seas where the treatment plants discharge their effluents. Therefore, 
once the presence of illicit drugs is demonstrated in wastewater effluents, surface 
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waters should be analyzed. Several studies have been published analyzing the 
presence of illicit drugs in rivers from Italy (Zuccato et al. 2005, 2008a; Castiglioni 
et al. 2006), Spain (Huerta-Fontela et al. 2007, 2008b; Boleda et al. 2007), Ireland 
(Bones et al. 2007), UK (Kasprzyk-Hordern et al. 2007, 2008; Zuccato et al. 2008b), 
Poland (Kasprzyk-Hordern et al. 2007) and Belgium (Gheorghe et al. 2008; van 
Nuijs et  al. 2008). For instance, in a recent work published by van Nuijs et  al. 
(2008), 28 rivers from Belgium were sampled and analyzed for cocaine and two 
metabolites, benzoylecgonine and ecgonine methyl ester (which was not detected). 
Results showed the extended occurrence of the parent compound (0.1–55.2 g/day) 
and of benzoylecgonine (0.1–249.7 g/day) in 15 and 20 of the sampled rivers, 
respectively. In this study, the variation in cocaine loads at the sampled rivers was 
also evaluated, showing an increasing trend when going downstream. This behav-
ior was also described in previous reports (Zuccato et al. 2008a; Huerta-Fontela 
et al. 2008a) and it is probably related to the continuous discharges of wastewaters 
along the rivers with a consequent accumulation effect. As regards other illicit 
drugs, one study performed in four Italian rivers and one from UK revealed differ-
ent concentration levels of twelve and six illicit drugs, respectively. For instance, 
cannabis (THC) was detected as its main carboxylic metabolite (THC-COOH) at 
concentrations ranging from 0.5 to 7 ng/L in the Italian rivers and at 1 ng/L in one 
UK River. However, cocaine (by means of its metabolite benzoylecgonine) was 
the compound found at higher concentrations, followed by methadone and EDDP, 
codeine, cannabis (in the form of THC-COOH), and amphetamine related com-
pounds (cocaine > methadone > codeine > THC > ATS).

Some seasonal studies have been also performed in surface waters; however 
extrapolations are more difficult to perform since concentrations depend not only 
on the excretion of the compounds but also on weather conditions (mainly water 
temperature and rainfall episodes), proximity of WWTPs and natural attenuation 
processes. In order to obtain comparable results, the seasonal surface survey should 
be performed always in the same sampling point, at the same time/day, avoiding 
rainfall episodes, measuring the river flow rates (in order to normalize concentra-
tions), and evaluating water temperature effect. Additionally, ratios between con-
centrations of the parent compounds and their metabolites should be always 
checked since they provide information about natural degradation processes. 
Kasprzyk-Hordern et al. (Kasprzyk-Hordern et al. 2008) studied the seasonal varia-
tions through six consecutive months (from January to August 2007) and the results 
reported showed higher loads for amphetamine and benzoylecgonine in August. 
Another study performed in one river from Spain during 1 year showed maximum 
loads for amphetamine during the summer season. For cocaine, ecstasy and meth-
amphetamine high loads were also detected in summer but maximum values were 
found in winter. A more detailed study of this period was performed by collecting 
samples more frequently (from December 14, 2006 to January 30, 2007). This 
survey revealed an important increase in the concentrations of these compounds 
during the last days of December and the first days of January, corresponding to the 
Christmas and New Year holidays. In Fig. 3.1, the results obtained during this sea-
sonal survey are displayed.
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3.1.3 � Drinking Water

It is important to consider that often, surface waters are used as raw sources 
for drinking water production and the presence of illicit drugs can have a nega-
tive impact on the quality of the final tap water. Recently, one study has been 
published describing for the first time the presence and removal of illicit drugs 
through drinking water treatment (Huerta-Fontela et al. 2008b). Amphetamine-
type stimulants (except MDMA) were completely removed during prechlorina-
tion, flocculation, and sand filtration steps. Granulated activated carbon (GAC) 
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Fig. 3.1  Seasonal variation of illicit drugs in surface waters from NE-Spain. (Huerta-Fontela 
et al., 2008b)
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filtration removed cocaine (100%), MDMA (88%) and benzoylecgonine (72%). 
Post-chlorination achieved the complete elimination of MDMA and only 
benzoylecgonine persisted throughout treatment, although reductions of 90% 
were obtained.

3.2 � Consumption Estimation

The estimation of the percentages of illicit drug users and trends established in 
national and international annual reports are usually based on population surveys 
and statistical approximations. For instance, the percentages published in the 
World Drug Report 2007 (summarized in the previous section) are based primar-
ily on the results obtained from the “Annual Reports Questionnaire (ARQ)” 
returned by Governments to UNODC (United Nations Office of Drug and Crime 
2007). This questionnaire mainly depends on self-reports (in-house surveys) 
and also considers the number of treatment demands, arrests, and drug pro-
duction and seizure rates declared by the Governments. Therefore, a general 
overview of the extent of the drug use is given by these reports but the margins 
of error are considerable.

The analysis of illicit drugs in water resources represents a novel and cheaper 
approach to determine more realistically the consumption rates and the patterns of 
use. In order to extrapolate illicit drug concentrations to consumption percentages, 
the first premise to take into account is that these drugs are hardly metabolized with 
known parent/metabolite excretion rates (pharmacokinetic data) and that they are 
stable in wastewaters (environmental transformation rate data) (Daughton 2001). 
Therefore, the normalization of the concentration values found in wastewaters can 
be easily performed by using the measured daily flow rates entering the WWTP and 
the number of inhabitants served. In general, the steps performed to extrapolate 
these results are as follows. First, concentration values are multiplied by daily 
influx, obtaining daily loads (e.g., g/day), which are divided by the population 
served (e.g., g/day × 1,000 inhabitants). Then, a correction factor is applied to these 
loads to obtain the number of doses per day and population. This correction factor 
includes excretion ratios together with official dose contents. In Table 3.3, a sum-
mary of the correction factors is displayed.

3.2.1 � Cocaine

The first works published using these approximations extrapolate cocaine wastewater 
concentrations to consumption rates (Zuccato et  al. 2005, 2008a; Huerta-Fontela 
et al. 2008a, b; Bones et al. 2007; van Nuijs et al. 2008). In Table 3.4, a summary 
of these results is displayed. In most of these works, cocaine estimations were 
performed by using benzoylecgonine concentration data since this compound 
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Table 3.4  Estimations of cocaine consumption

Extrapolation Country

Loads per 
capita  
(mg/day/ 
1000inh)

Number of 
Doses (doses/
day/1000inh) Users % Reference Official %a

From BE loads Italy 210-730
900-2700*

2-7
9-27*

0.2-0.7%
0.9-2.7%*

(Zuccato et al., 
2005)

0.8-2.1%**

1.2%*

From BE loads Spain 1400**

3300
14**33* 1.4%**

3.3%*

(Huerta-Fontela 
et al., 2008a)

1.6-3%**

2.8%*

From BE loads Belgium 700-1000 7-10 0.7-1% (van Nuijs  
et al., 2008)

0.9%

From COC loads Ireland 180-1440 2-14 0.2-1.4% (Bones et al., 
2007)

0.5-1.1%**

a Percentage of users considering last month prevalence. (European Monitoring Center for Drugs 
and Drug Addiction, 2008; United Nations Office of Drug and Crime, 2007).
* young adults: 15-34 years old;** adults: 15-64 years old

comes entirely from the metabolic degradation of cocaine and therefore from 
human consumption. Cocaine loads are not included in the calculations to avoid the 
effects of any sporadic direct discharge. Moreover, in a recent work published by 
Gheorghe et al. (2008), it was demonstrated that cocaine is not stable. For instance, 
at pH 6 and 20°C degradation percentages of 40% and 75% after 5 h and 1 storage 
day were found respectively. Therefore, benzoylecgonine loads are recommended 
to be used when cocaine consumption calculations are performed. To relate benzo-
ylecgonine with cocaine, the percentage of intranasal cocaine excreted in urine as 
benzoylecgonine (30–50%) and the molar mass ratio of cocaine/BE (1.05) are 
considered, giving a factor of 2.3 (Zuccato et al. 2005) or 2.7 ± 0.6 (Huerta-Fontela 
et al. 2008a) depending on the excretion percentages considered. The total equiva-
lents of cocaine are then obtained, and they can be converted to the total number of 
doses assuming a typical consumption unit/dose (at street purity) of 0.1 g of 
cocaine (United Nations Office of Drug and Crime 2007). The number of doses per 
1,000 inhabitants described in the literature range from 2 to 14 and these values rise 
above 27 doses/1,000 inhabitants (in Italy) and 33 doses/1,000 inhabitants (in 
Spain) when only young adults (from 16 to 34 years old) are considered.

A raw comparison between the official prevalence data published and the 
percentages from these surveys can be also performed. As can be observed in 
Table 3.4, similar percentages of cocaine users are obtained with both estimations. 
It must be taken into account that the official rates are calculated by considering 
only adult population (from 15 to 64 years old) and a time frame of use of 1 month 
(or 1 year) while in these surveys, the population age range differs from one study 
to another and the time frame of use is mainly of 1 day or 1 week. Further work 
needs to be performed in order to optimize and standardize the “sewage 
epidemiology”(Zuccato et  al. 2008b) approach to drug consumption; however, it 
can be stated that these first approximations provide similar orders of magnitude 
than those so far provided by the “standard estimation methods”.
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3.2.2 � Heroin

For heroin, additional figures must be taken into account before calculating 
consumption from wastewater concentrations. In one hand, only one exclusive 
metabolite of heroin can be found in wastewater samples, 6-acetylmorphine. This 
metabolite is a minor excretion product and up to now, it has not been considered for 
wastewater calculations since it is supposed to be present at fluctuating concentrations 
(Zuccato et  al. 2008b). On the other hand, heroin, major excretion products, 
morphine, and conjugated morphine glucuronides (Table 3.3), are not specific or 
exclusive metabolites of this parent drug since they are also excreted after mor-
phine or codeine consumption. According to previous studies (Baselt 2004; Zuccato 
et al. 2008b), codeine contribution to wastewater morphine can be neglected due to 
the low excretion percentages. Morphine concentrations in wastewater can then 
come from therapeutic morphine consumption or from heroin use. Additionally, 
morphine glucuronides are extensively hydrolyzed to morphine by enzymatic 
mechanisms in fecal waters (Baselt 2004; Zuccato et al. 2008a). Therefore, in order 
to calculate heroin consumption, corrections in morphine wastewater concentration 
must be performed to compensate the extensive contribution from therapeutic mor-
phine use. These therapeutic contributions can be calculated by using official or 
published data regarding local consumption values (amount of therapeutic mor-
phine per time per capita) which are changed to daily amounts of morphine 
metabolite by considering excretion rates (85% for therapeutic morphine). Next, 
these amounts are subtracted from the total morphine wastewater loads, giving to 
a residual morphine amount which can be considered to come mostly from heroin 
consumption. Finally, taking into account these morphine amounts, heroin con-
sumption can be calculated by considering the excretion percentage (42%) and the 
molar mass ratio (1.3) (Table 3.3).

Zuccato et al. (2008b) firstly proposed this approximation in order to estimate 
heroin consumption from morphine wastewater concentrations. The calculated heroin 
consumption was of 70 mg/day per 1,000 inhabitants in Italy, 100 mg/day per 1,000 
inhabitants in Switzerland and 200 mg/day per 1,000 inhabitants in UK. Considering 
that a typical intravenous dose of heroin has an average content of pure active 
drug of 30 mg, the number of doses consumed daily ranged from 2 to 7 doses. 
Additionally, in a recent work performed in 15 WWTPs in Spain (Boleda et  al. 
2009), similar approximations were used in order to calculate heroin consumption. 
An average value of 5 doses/day per 1,000 inhabitants was obtained which repre-
sents 0.67% of the population aged between 15 and 64 years old.

3.2.3 � Other Illicit Drugs

Extrapolation from wastewater concentrations to drug consumption can be also 
performed for other illicit drugs. For instance, in a study published in 2007, wastewater 
concentrations of MDMA were directly used to estimate ecstasy consumption since 
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this compound is mainly excreted unaltered (Table 3.3). Total loads of MDMA (26 
mg/day per 1,000 inhabitants) were corrected by considering the excretion percentages 
(72%) and the estimated local use of ecstasy was calculated by taking into consid-
eration that a typical dose of MDMA is 0.1 g (unit/dose) (United Nations Office of 
Drug and Crime 2007). One dose of ecstasy per day per 1,000 habitants was 
obtained for population aged between 15 and 64 years old. Finally, these results 
were also extrapolated to population aged between 15 and 34 years old, since the 
use of this drug in Spain is nearly exclusively restricted to young adults group, giving 
an estimated consumption of four doses of ecstasy per day per 1,000 habitants. 
Lower loads were found in Italy (Milano), Switzerland (Lugano), and England 
(London) with values ranging from 3.4 to 7.3 mg/day per 1,000 inhabitants (adult 
population). The extrapolation to consumption rates gives values ranging from 0.12 
to 0.28 doses/day per 1,000 inhabitants which are ten times lower than those 
reported in Spain. Finally, in a recent study performed in seven WWTPs around 
USA (Chiaia et al. 2008), higher variability in loads was found, with values ranging 
from 2 to 40 mg/day per 1,000 inhabitants which correspond to 0.1 to 1.5 doses/day 
per 1,000 inhabitants. Unlike cocaine use, these studies demonstrate important 
variations in ecstasy consumption depending on country/regions and age ranges.

THC consumption can be also calculated from wastewater concentrations by 
using THC-COOH since it is the major metabolite of cannabis and it has been 
ubiquitously found in wastewaters sampled (Table 3.2). For instance, Zuccato et al. 
(2008b) found load levels ranging from 20 to 50 mg/day per 1,000 inhabitants of 
the cannabis metabolite which can be extrapolated to 2180 to 5450 mg/day per 
1,000 inhabitants of the parent compound. Considering a typical smoked dose of 
125 mg (14% of pure THC), these values correspond to 124–311 doses/day per 
1,000 inhabitants. According to this study cannabis was the most used drug among 
the studied ones, and results agreed with official figures.

3.3 � Concluding Remarks

The presence of illicit drugs in water resources has been discovered in the last few 
years. Since this fact was firstly uncovered in 2005, a number of increasing works 
dealing with this topic have been published.

In this chapter, a summary of the works published regarding the occurrence of 
illicit drugs from wastewater to tap water has been performed. Results can be con-
sidered and processed from two different points of view. In one hand, from an 
environmental point of view, illicit drugs or their slightly transformed metabolites 
have been detected in water matrices at relatively high concentrations. This fact not 
only confirms the effect of human habits and activities in the environment but also 
suggests the introduction of new psychoactive agents into the aquatic system. For 
instance, cocaine, amphetamine, ecstasy, heroin, or cannabinoids among others have 
been detected entering to water resources by means of sewage waters from different 
countries such as Italy, Germany, Spain, Belgium, UK, or USA. Wastewater treatments 
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showed not to be effective enough to remove these drugs and therefore they were 
also found, at lower concentrations, in receiving surface waters which at the same 
time can be used for drinking water production. Drinking water treatments showed 
the complete removal of all the illicit drugs or metabolites detected in the raw water 
except for benzoylecgonine (cocaine metabolite), methadone, and EDDP (methadone 
metabolite). Considering all the surveys performed and the results obtained it can 
be concluded that the presence of illicit drugs in the “water cycle” far from being a 
temporary or a national problem has become a stationary problem of global 
concern. On the other hand, from a forensic point of view, illicit drug concentra-
tions in wastewater can be also used to backward calculate the amount of drugs 
consumed by a specific population. Several studies perform these calculations by 
considering excretion pathways and percentages; parent compounds (ecstasy, 
methadone) or main excretion metabolites (benzoylecgonine or THC-COOH) have 
been used to estimate consumptions. Results obtained from these approximations 
provide similar magnitude orders than those obtained from classical estimation 
methods. Therefore, this kind of sewage approximations can become a powerful 
and reliable tool for enforcement agencies and to obtain epidemiologic and 
consumption tendency data.

Finally, it must be emphasized that much more data are needed in order to 
improve the knowledge of the behavior and occurrence of illicit drugs in wastewa-
ters and surface waters as well as their toxicological impact in both aquatic life and 
human beings. Additionally, validation protocols should be established in order to 
improve backward calculations and to incorporate general and agreed guidelines 
to perform representative and reproducible surveys.
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Abstract  The platinum group elements (PGE) belong to the rarest metals on our 
planet. During the last three decades three of the six PGE (platinum (Pt), palladium 
(Pd) and rhodium (Rh)) are found in increasing concentrations in different terres-
trial and aquatic matrices. Anthropogenic sources of PGE are industrial discharges, 
road runoff as well as waste waters from hospitals and dental surgeries. As anthro-
pogenic PGE are mostly emitted in elemental form, they were initially thought to 
be not relevant for biota. Laboratory studies, however, revealed that aquatic plants 
and animals are able to take up and accumulate PGE. Effect studies showed that 
animals exposed to PGE respond with increased levels of stress markers.

The most important factors influencing the bioavailability of PGE tend to be 
time, metal concentration in the medium, the chemical speciation of the metal and 
the presence of complexing agents. This chapter summarizes the present knowl-
edge on the introduction of PGE into urban aquatic ecosystems and the behavior 
within these habitats. It draws attention to the increase of PGE contamination in 
different matrices, summarizes current PGE concentrations in the field, discusses 
the different bioavailability of Pt, Rh and Pd and evaluates the effects of PGE on 
aquatic organisms.

4.1 � Introduction

Platinum group elements (PGE) are a group of six metals: iridium (Ir), osmium 
(Os), palladium (Pd), platinum (Pt), ruthenium (Ru), and rhodium (Rh). They 
belong to the rarest elements on earth as their proportion of the upper Earth crust is 
about 10−6% to 10−7% (Hoppstock and Sures 2004). Nowadays, these metals are of 
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high interest for industrial purposes because of their special characteristics with 
regard to corrosion resistance, high melting points and catalytic properties, 
especially in their metallic form. The global demand in particular of Pt, Pd, and 
Rh is steadily rising, due to new applications in the industry (i.e. organometallic 
chemistry, surfaces-, materials- and crystal engineering, photo- and electrochem-
istry, catalysis and organic synthesis), whereas the demand for Ir, Os and Ru is 
currently still lower (Hoppstock and Sures 2004). Consequently, the extended 
usage of noble metals in several industrial branches resulted in an increase of 
PGE emitted into the environment (reviewed in Ek et al. 2004; Hoppstock and 
Sures 2004; Ravindra et  al. 2004). The distribution of PGE in urban aquatic 
ecosystems and their effects on biota, however, gained less attention. Therefore, 
this chapter represents the first comprehensive review of the current state of 
research on effects of PGE in urban aquatic ecosystems.

4.2 � Sources

As for most heavy metals, there are several routes through which PGE can enter 
urban aquatic ecosystems. These include the direct discharge from the industry, 
from sewage systems, and municipal sewer systems as well as the diffuse discharge 
via wind and abrasion mainly from roads. Approximately 50% of the global PGE 
production will end up in the automobile industry (Matthey 2008). The noble metals 
are used for automobile catalytic converters in order to reduce the emission of 
nitrogen oxides, hydrocarbons and carbon monoxides as part of the exhaust fumes. 
Mostly due to mechanical abrasion, PGE break off the catalyst converter and are 
emitted into the environment as particles, attached to aluminium oxides (Schlögl 
et al. 1987; Rauch and Morrison 2008). Emission rates of an individual car for all 
three PGE are in the low ng km−1 range for gasoline vehicles. In diesel catalysts, 
however, mostly Pt is used and emission rates are around 100 ng km−1 (Moldovan 
2007). Traffic related PGE can be introduced into aquatic systems via atmospheric 
transport or via road runoff through sewers or municipal sewage systems (Laschka 
and Nachtwey 1997).

A variety of industries use PGE in their production lines, including the applica-
tion of PGE in process catalysts for manufacturing chemical products (e.g. nitric 
acids, hydrogen peroxide), in the glass industry for producing glass fibres or LCD 
glass (only Pt) or in the electronic industry, where Pd competes with gold in elec-
troplating processes (Matthey 2008). In discharge water of different industrial 
companies, Schwesig et  al. (2006) found Pd to be the predominant PGE. It was 
detected in the particulate phase of effluents and only a small part was present in 
the soluble fraction. Three-quarter of the PGE discharged in industrial effluents is 
released by the chemical industry. Herein, concentrations were found to range 
between <2 to 73 ng L−1 for Pd, <1 to 22 ng L−1 for Pt and 8–81 ng L−1 for Rh. The 
production of chemical fibres yielded the second largest PGE emission in industrial 
effluents (IWW 2004).
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Other sources of PGE emitted into aquatic systems with discharges into municipal 
sewer systems are effluents from hospitals and dental clinics. In hospitals especially 
Pt is used as part of anticancer drugs in the form of cisplatin [cis-diaminedichloro-
platinum (II)] and carboplatin [diamine (1,1-cyclobutanedicarboxylato) platinum 
(II)]. Patients treated with these drugs excrete platinum via urine, even years after 
their chemotherapy (Hohnloser et al. 1996). Kümmerer et al. (1999) estimated the 
concentration of Pt released from medical institutions into the environment as rela-
tively low compared with other sources like road runoff.

Dental laboratories use Pt and Pd for dental inlays. Their input of PGE into the 
municipal sewer systems is estimated to be lower compared to PGE input from 
industrial sources. For the state of North Rhine Westphalia (Germany) IWW (2004) 
estimated a total emission rate of 780 g Pt, 55 g Pd and <10 g Rh/year into the 
effluents of dental laboratories.

Due to these different sources it is not surprising that PGE can be detected in the 
effluents of municipal treatment plants. In a study containing 33 different municipal 
treatment plants IWW (2004) found concentrations usually below 10 ng L−1 in the 
effluent water. Occasionally, permanent emissions of 20–50 ng L−1 were found, 
with the concentrations of Pt always being the highest followed by nearly equal 
concentrations of Pd and Rh, which never reached concentrations higher than 10 ng L−1. 
Laschka and Nachtwey (1997) have already shown that Pt concentrations in the 
effluent of a municipal sewage treatment plant in Munich (Germany) were domi-
nated by industrial discharges during dry seasons, whereby in rainy seasons Pt 
loads were increased due to road runoff. Investigations on the Pt elimination rate in 
a sewage treatment plant in Munich revealed that only 70% of Pt is eliminated 
before the treated wastewater is discharged into the river Isar.

As the PGE loads of some entrance routes into aquatic systems are still not 
quantified (e.g. diffuse discharge), there is still discussion about the major sources 
for PGE in urban rivers and lakes. Most authors believe that emission through auto-
mobile catalytic converters is the main source of PGE in aquatic systems (due to 
stormwater drainage, municipal sewer systems and diffuse entrance due to atmo-
spheric transport) (e.g. Kümmerer et  al. 1999; de Vos et  al. 2002; Rauch and 
Hemond 2003). Other authors state, however, that industrial sources play the major 
role in PGE discharge, and assume that hospital discharges and automobile PGE 
emissions tend to be negligible (Schwesig et al. 2006). Regardless of the signifi-
cance of these sources, it is clear that a mixture of different chemical species for 
each PGE can be found in urban aquatic systems. Information on the speciation of 
PGE is still missing (Turner et al. 2006).

4.3 � PGE in Urban Aquatic Habitats

As most of the PGE are emitted in particulate form (especially in road runoff and 
discharge of the chemical industry), they are thought to accumulate in the sediment of 
aquatic systems. This is reflected in a high number of field studies on PGE, which are 



76 N. Haus et al.

solely focused on PGE concentrations in sediments. In the recent literature PGE data 
of approximately 100 different sampling sites (most of them in European urban 
regions) can be found (summarized in Table 4.1).

Unfortunately, PGE were analyzed in different grain size fractions of the sedi-
ment samples and the studies are therefore not comparable in all aspects. 
Nevertheless, some of the authors provide a detailed description of the conditions 
at the sampling sites and data can be divided into sampling sites which are highly 
polluted, like those which are in short distance to inlets of sewer systems or mine 
drainage systems, or lightly polluted (e.g. in urban surroundings, but not directly 
affected by discharge with PGE containing waters, or upstream/downstream of 
such discharges). In highly polluted sediments, concentrations are above 20 ng g−1 
for Pt and Pd and above 3 ng g−1 for Rh (Moldovan et  al. 2001; Whiteley and 
Murray 2005, Prichard et al. 2008). In lightly polluted sediments Pt and Pd concen-
trations are usually below 10 ng g−1, whereby Rh is often not detectable or in the 
range of 1–2 ng g−1 (de Vos et al. 2002; Haus et al. 2007; Prichard et al. 2008).

It should be pointed out that PGE concentrations in sediments are still very low 
(ng g−1 range) in comparison to other heavy metals (µg g−1 range, see e.g. Haus et al. 
2007).

Rauch and Hemond (2003) and Rauch et al. (2004a) investigated if the introduc-
tion of automobile catalytic convertes is the main source of PGE in sediments. In 
sediment cores of the Upper Mysthik Lake in Boston they investigated retrospective 
concentrations of Pt, Pd and Rh. Concentrations prior to the introduction of auto-
mobile catalytic converters ranged between 0.5–2.3 ng g−1 for Pt, approximately 2 
ng g−1 for Pd and 1 ng g−1 for Rh. Starting in the 1980s, concentrations increased to 29, 

Table 4.1  Field data on PGE concentrations in water (ng L−1), sediments (µg g-1), and animal 
tissue samples (ng g−1, wet weight) sampled in different lake and river systems

Sample Pt Pd Rh

N min max N min max N min max
Watera 5 <d.l. 0.8 4 0.4 10.2 4 <d.l. <d.l.
Sedimentsb 126 <d.l. 85 94 <d.l. 57 94 <d.l. 9.6
Asellus 

aquaticusc

8 <d.l. 1,295 2 76.9 284.2 2 3.6 48.2

Amphipodad 6 <d.l. 1.3 n.a. – – n.a. – –
Dreissena 

polymorphae

1 0.1 0.1 1 1.0 1.0 1 <d.l. <d.l.

Barbus barbusf 3 0.1 0.8 3 <d.l. 7.1 3 <d.l. 0.4

n.a.: not analyzed <d.l.: below limit of detection.
a Eller et  al. (1989); Rauch and Morrison (1999); Hoppstock and Alt (2000); Moldovan et  al. 
(2003).
b Wei and Morrison (1994); Rauch and Morrison (1999); Tuit et al. (2000); Moldovan et al. (2001); 
de Vos et al. (2002); Rauch and Hemond (2003); Whiteley and Murray (2005); Haus et al. (2007); 
Jackson et al. (2007); Prichard et al. (2008).
c Rauch and Morrison (1999); Moldovan et al. (2001); Haus et al. (2007).
d Haus et al. (2007).
e Zimmermann et al. (2002).
f Sures et al. (2005).
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21 and 3 ng g−1, respectively. Levels of the three metals were positively correlated and 
Pt/Rh and Pd/Rh ratios resembled ratios found in catalyst converters. The Pt/Pd 
ratio was higher than expected if one assumes traffic to be the main source of PGE. 
Similar results are also available from other studies (de Vos et al. 2002; Jackson 
et al. 2007; Prichard et al. 2008). A possible explanation is the higher mobility of 
Pd than of Pt, which was described in several solubility studies, in which Pd in road 
dust samples showed a higher solubility than Pt (Moldovan et al. 2002; Colombo 
et al. 2007).

Generally, PGE concentrations in water samples are close to or even below 
detection limits of approximately 0.1–0.9 ng L−1. Only Pd could be detected in 
water samples of the river systems Rhine and Schwarzenbach in Germany and a 
river in Gothenburg, Sweden (Eller et al. 1989; Moldovan et al. 2003). While Eller 
et al. (1989) did not describe their sample area, Moldovan et al. (2003) took the 
samples near a highly frequented parking lot and therefore found the highest 
amount of Pd in water samples is reported so far (10.4 ng L−1). In the same study 
Pt concentrations remained below the detection limit. Rh has not yet been detected 
in water samples of urban river or lake systems.

PGE analyses from animal tissues of aquatic organisms collected in the field are 
random and scarce (summarized in Table 4.1). As there is still no reference material 
for PGE in biota samples, only a few analytical methods have been developed for 
PGE determination in organic matrices, all of them are very time consuming 
(Zimmermann et al. 2001; Haus et al. 2009). From the limited number of studies 
available it emerged that PGE are bioavailable, although they are mostly emitted in 
a particular form. The concentrations in which PGE were detected in these studies 
vary considerably and assumptions about general PGE loads are difficult to make. 
In the field study of Moldovan et al. (2002) the uptake of Pt, Pd and Rh by Asellus 
aquaticus could be proven, with highest concentrations for Pd, followed by Pt and 
Rh. Differences were found in PGE tissue concentrations when asellids were sam-
pled on different days. These differences were interpreted by asellid individual 
physiological variations (Rauch and Morrison 1999; Moldovan et  al. 2002). 
Furthermore, Rauch and Morrison (1999) showed that asellids store 50–75% of their 
Pt load in the exoskeleton as it is also known for other heavy metals and other crus-
taceans (Zauke 1982). Thus, variations in the PGE concentrations could be due to 
the moulting status of individual asellids. In comparison to other heavy metals, con-
centration factors (CF) of Pt (as the ratio between animal and sediment concentration) 
were high with a CF of 14.3 (Rauch and Morrison 1999). In contrast, Haus et al. 
(2007) described CFs of 0.1 for Asellus aquaticus and 0.16 for Gammarus pulex. 
Although being much lower than the values reported by Rauch and Morrison (1999), 
the latter values were in-between the CFs for the essential metal Zn (0.7 and 0.48, 
respectively) and the toxic metal Cd (0.07 and 0.05, respectively) (Haus et al. 2007). 
The direct comparison between the concentration of Pt and other heavy metals, 
however, revealed that Pt concentrations in invertebrates are still three orders of 
magnitude lower than those of other heavy metals like Pb and Cd and five orders  
of magnitude lower than those of essential metals like Zn or Cu (Haus et al. 2007). 
In addition to information on PGE in invertebrates PGE levels in vertebrates collected 
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from the field are only available from one study. Sures et al. (2005) performed an 
exposure experiment with barbel (Barbus barbus) originating from the river Danube. 
Also in the tissues of the control fish, which were not experimentally exposed to 
PGE, Pt, Pd and Rh could be detected. This indicates that the input of PGE into the 
river Danube downstream from Budapest is high enough to cause a detectable pol-
lution with these metals in the fish tissues.

4.4 � Uptake and Bioaccumulation of PGE by Aquatic Organims

For a better understanding of the uptake and bioavailability of PGE by aquatic 
organisms exposure studies were conducted with different plant and animal species 
(see Table 4.2).

As there is still a great uncertainty about the chemical speciation of PGE in 
aquatic habitats, the exposure experiments were performed with different metal 
sources, which can be classified into soluble PGE (eg. soluble salts or standard 
solutions for analytical purposes), or particle bound PGE like ground catalytic mate-
rial, road dust or river sediments. In exposure studies with aquatic plants, however, 
only soluble PGE species were used so far. Farago and Parsons (1994) demonstrated 
that PGE uptake by the water hyacinth increased with rising PGE concentrations  
in the respective culture medium. The same was found for the willow moss  
Fontinalis antipyretica (Veltz et  al. 1994) and for Pt (II) and Pt (IV) uptake by  
periphyton communities (Rauch et  al. 2004b). PGE were offered as a solution of 

Table 4.2  Organisms tested in bioaccumulation studies

Organism tested in bioaccumulation experiments Literature

Eichhornia crassipes (Water hyazinth) Farago and Parsons (1994)
Lemna minor (Common duckweed) Veltz et al. (1994)
Fontinalis antipyretica (Willow moss) Veltz et al. (1994)
periphyton communitie Rauch et al. (2004b)
Asellus aquaticus (Water louse) Rauch and Morrison (1999)

Moldovan et al. (2001)
Dreissena polymorpha (Zebra mussel) Sures et al. (2002)

Zimmermann et al. (2002, 2004a)
Singer et al. (2005)
Sures and Zimmermann (2007)
Frank et al. (2008)

Lumbriculus variegatus (Blackworm) Veltz et al. (1994, 1996)
Lebistes reticulates (Guppy) Veltz et al. (1994)
Danio rerio (Zebra fish) Jouhaud et al. (1999a, b)
Anguilla anguilla (European eel) Sures et al. (2001, 2003)

Zimmermann et al. (2004a, b, 
2005b)

Barbus barbus (Barbel) Sures et al. (2005)
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chlorocomplexes and uptake of PGE by the water hyacinth was highest in the roots. 
Pt (II) uptake was the highest, followed by Pd (II) and then Rh (II) (Farago and 
Parsons 1994). The treatment of the duck weed Lemna minor with H

2
PtCl

6
 resulted 

in a decrease of growth with increasing Pt concentration in the culture medium (0; 0.5 
and 300 mg L−1) and a fast yellowing of the leaves at a Pt concentration of 300 mg L−1 
(Veltz et al. 1994).

Exposure studies with animals showed that the uptake of PGE depends on vari-
ous factors such as PGE concentration in the exposure medium and exposure 
period. Another crucial factor influencing the bioaccumulation of PGE is the 
chemical speciation in which the metals are offered.

In studies with Asellus aquaticus Rauch and Morrison (1999) demonstrated that 
uptake of Pt (IV) was significantly higher than the uptake of Pt (II) after 96 h. 
Studies with Dreissena polymorpha, on the contrary, revealed a ten fold higher 
uptake of Pt (II) compared to Pt(IV) after an exposure period of 6 weeks 
(Zimmermann 2002). Several studies demonstrate that PGE are bioavailable, irre-
spectively if they are offered in a soluble state or bound to particles: Zimmermann 
(2002) exposed D. polymorpha to soluble PGE salts, road dust and ground catalyst 
material. It could be demonstrated that PGE uptake was highest for soluble metals, 
followed by catalyst material and then by road dust. Similar results were found for 
the isopod Asellus aquaticus: Exposure to soluble metals resulted in the highest 
uptake rates, followed by uptake from road dust, river sediments and tunnel dust 
(Moldovan et al. 2001). These findings resemble the results of solubility studies, 
which demonstrate a higher solubility of PGE from road dust than from catalytic 
material (Jarvis et al. 2001; Moldovan et al. 2002). Therefore, the bioavailabilty of 
PGE tends to increase with increasing solubility from the metal source provided.

Independently of the available metal source, the accumulation rate of Pt, Pd and 
Rh is varying. In almost all studies comparing uptake of Pt, Pd and Rh, Pd showed 
the highest accumulation in animal tissues, followed by Pt and then Rh (Moldovan 
et al. 2001; Sures et al. 2002, 2005; Zimmermann et al. 2002, 2004a, b, 2005a, b; 
Sures and Zimmermann 2007). The only exception is presented in the study of 
Singer et al. (2005), in which the uptake of Pt (IV) by D. polymorpha was higher 
than the uptake of Pd (II) and Rh (II). Once again, the usually higher bioavailabil-
ity of Pd can be explained by a higher solubility of Pd from solid phases compared 
to the solubility of Pt and Rh, as demonstrated for catalyst material (Moldovan 
et al. 2002) and road dust (Jarvis et al. 2001). This is also supported by results of 
Turner et al. (2006), who showed that Pd deriving from road dust has the lowest 
affinity to sediment particles and the highest exchangeability followed by Pt and 
Rh. Pd has therefore the greatest potential for bioaccumulation in the aquatic envi-
ronment. On the other hand, Pd concentrations in animal tissues are also increased 
compared to Pt and Rh, if the three PGE are provided in the same concentration 
in the exposure medium (Moldovan et al. 2001; Sures and Zimmermann 2007). 
In conclusion, the current findings suggest that Pd accumulates to a higher degree 
in animal tissues than Pt or Rh, either due to higher uptake or lower elimination 
rates by the animals.
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Another factor influencing the bioavailability of PGE is the presence of humic 
substances or other complexing agents (Zimmermann et al. 2003). In studies with 
D. polymorpha exposed to road dust and ground catalyst material, Zimmermann 
et  al. (2002, 2005a) discovered higher PGE accumulation in mussel tissue after 
exposure in water containing humic substances compared to an exposure in tap 
water. Using soluble salts instead of road dust, Sures and Zimmermann (2007) 
could confirm an elevated Pd uptake by D. polymorpha. However, in the same 
study a lower bioavailabilty was shown for Rh, while the accumulation of Pt did 
not show a significant difference between mussel exposure in water containing 
humic substances or in tap water. Eels also tend to accumulate less soluble frac-
tions of PGE when humic substances are present in the exposure tank (Zimmermann 
et al. 2004b).

The different effects of humic substances on PGE uptake of particulate and 
soluble metals are explained by different solubility processes. While the water solu-
bility of particulate PGE is enhanced by humic substances (Bowles et  al. 1995; 
Lustig et al. 1998), soluble PGE show varying reactions in the presence of humic 
acids. Sures and Zimmermann (2007) attribute this phenomenon to different reac-
tions of soluble Pt, Pd and Rh to the fractions of humic substances: Whereas soluble 
Pt forms insoluble Pt-humic acid complexes in the presence of humic substances, 
Pd is bound in soluble fulvic acid complexes. These fulvic acid complexes prevent 
the precipitation of Pd which could otherwise be observed in water which does not 
contain any humic substances.

Organ-specific PGE uptake was investigated in exposure studies with fish (Sures 
et al. 2001, 2005; Zimmermann et al. 2004a, b, 2005b). The highest PGE concen-
tration could be found in the metal target organs liver and kidney after exposure to 
soluble PGE salts, ground catalytic material or road dust. High Pt concentrations 
could also be found in the intestine of eels after 6 weeks of exposure to Pt (IV) 
(Zimmermann et  al. 2004a). Concentrations in muscle tissues were low or even 
below detection limit in all studies mentioned above.

As has already been demonstrated for other heavy metals (e.g. Pb and Cd, 
reviewed in Sures 2008), also for PGE the highest concentrations and concentration 
factors can been found in acanthocephalans; a group of parasites living in the intes-
tine of their fish hosts (Sures et al. 2003, 2005; Zimmermann et al. 2005b), see also 
Table 4.3. Due to their exceptional metal accumulation potential, acanthocephalans 
are considered as potential biomonitoring organisms also for PGE (Sures et  al. 
2003, 2005).

In exposure studies using road dust, the accumulation of PGE could be 
compared with those of other traffic related heavy metals. Transfer factors 
from road dust into the soft tissue of D. polymorpha decreased in the following 
order: Cu > Cd > Ag > Pd > Sb > Pb > Fe > Pt > Rh after an exposure period 
of 26 weeks (Zimmermann et  al. 2002). Again, a high bioavailability was 
found for Pd, with a transfer factor of Pd only about four times lower com-
pared to Cd, but three times higher compared to Sb and Pb. Transfer factors of 
Pt and Rh were five and eight times lower compared to Pb (Zimmermann and 
Sures 2004).
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4.5 � Toxicological Effects of PGE on Aquatic Organisms

The toxicity of PGE on aquatic organisms was mainly proven by using soluble PGE 
species in exposure and toxicity studies with different organism groups (crusta-
ceans and fish). Results of the acute toxicity tests are summarized in Table 4.4. 
They reveal that Pt is the most toxic of the three PGE (Borgmann et  al. 2005). 
Toxicity of Pt, however, was far behind the toxicity of e.g. Cd, Cr, Hg and Pb with 
LC

50
 values ranging between 0.57–8.4 µg L−1 after exposure in soft water and 

1.05–159 µg L−1 after exposure in tap water. It was assumed to be as toxic as Se, Ce 
and Lu (Borgmann et al. 2005).

Besides the acute toxicity of PGE, also sublethal effects of Pt were investigated. 
An EC

50
 value of 62 µg L−1 was conducted for Daphnia magna (Biesinger and 

Christensen 1972) after exposure with Pt (IV). They found significant reduction of 
wheight and proteins of the animals and a reduction in glutamic oxaloacetic 
transaminase (GOT) activity. Danio rerio showed reversible intestinal changes after 
an exposure of 16 µg L−1 Pt (IV) (Jouhaud et al. 1999a, b). Rauch et al. (2004b) 
investigated the influence of Pt (IV) and Pt (II) on the photosynthetic activity of a 
natural grown periphyton community. No significant difference could be found for 
periphyton exposed in river water that contained the different Pt speciations in 
comparison to the control group. However, differences were found for periphyton 
exposed in reference water. Here, photosynthetic activity decreased. The effect of 
Pt (II) was found to be greater than the effect of Pt (IV).

All these studies were conducted with PGE concentrations which are far above 
concentrations found under environmental conditions. Therefore, it is unlikely to 
find acute or sublethal PGE-induced toxicity under field conditions for aquatic 
organisms. Unfortunately, only little information is available on chronic effects of 
aquatic organisms exposed to PGE. Singer et  al. (2005) and Frank et  al. (2008) 

Table  4.3  Concentration factors (tissue concentration [µg kg−1, wet weigth]/water 
concentration [µg L−1]) of eel and barbel tissues after exposure to different PGE 
according to Zimmermann et al. (2004a, 2005b) and Sures et al. (2005)

Liver Kidney Bile Intestine Muscle Parasite

Exposure of Anguilla anguilla with soluble metals
Pt 2.6 5.3 6.7 8.7 <d.l. n.a.
Rh 1.2 0.5 0.3 0.7 <d.l. n.a.
Exposure of Anguilla anguilla with ground catalyst material
Pt 0.002 0.002 n.a. <d.l. <d.l. 0.083
Pd 0.12 0.12 n.a. 0.028 0.003 0.48
Rh <d.l. <d.l. n.a. <d.l. <d.l. <d.l.
Exposure of Barbus barbus with ground catalyst material
Pt 180 150 n.a.   80 30 4,000
Pd 310 280 n.a. 110 20 4,900
Rh 57 39 n.a.   89 32 4,000

<d.l.: below detection limit; n.a.: not analyzed.
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investigated the effects of PGE on stress biomarker in D. polymorpha in studies that 
lasted about 10 weeks. Singer et al. (2005) demonstrated that PGE can induce the 
production of heat shock proteins (hsp70). These proteins have important functions 
in terms of protein folding, protein transport and cell stabilisation (Schröder et al. 
1999; Werner and Hinton 1999). They were already used as biomarkers of adverse 
effects of other heavy metals, eg. Pb and Cd (reviewed in Sanders 1993). In the 
study of Singer et al. (2005) the threshold levels for hsp70 induction decreased in 
the order: Cd > Pt > Pb ³ Pd >Rh after exposure of D. polymorpha to diluted stan-
dard metal solutions (500 µg L−1). The increase of hsp70 was time dependent. 
Highest hsp70 values were found for mussels exposed to Pd, followed by Pt and 
Rh. Hsp70 values were 25-fold higher for Pd and 19-fold for Pt and Rh in compari-
son to control mussels. With a 6- and 12-fold increase of hsp70 due to Cd and Pb 
exposure, respectively, these metals showed a much lower effect than the PGE.

Frank et al. (2008) investigated the induction of metallothioneins. Theses pro-
teins are involved in detoxification processes of heavy metals (e.g. Cd) and are 
therefore used as biomarkers for metal pollution. The exposure of D. polymorpha 
to different concentrations of Pd (II) (5, 50, and 500 µg L−1) resulted in a linear 
increase of metallothioneins. Compared to initial metallothionein concentrations, 
an increase up to 600-, 160- and 27-fold after an exposure with 500, 50 and 5 µg 
L−1 was found, respectively. These results reveal that chronic effects after PGE 
exposure even in lowest concentrations can not be excluded.

4.6 � Conclusions

PGE are widespread in aquatic systems. They can be found in water, sediment 
and biota samples in the field. While it is still unclear in which chemical speciation 
PGE occur in aquatic systems, exposure studies with different sources of PGE 

Table 4.4  Acute toxicity of PGE on aquatic species

Organism
Duration of 
exposure LC

50
Literature

Hyallela azteca 1 week in 
soft 
watera

Pt: 110 µg L−1 Borgmann et al. (2005)
Rh: 804 µg L−1

Pd: survival of 87%
Hyallela azteca 1 week in tap 

waterb

Pt: 221 µg L−1 Borgmann et al. (2005)
Rh: survival of 71%
Pd: 570 µg L−1

Daphnia magna 3 weeks Pt(IV): 520 µg L−1 Biesinger and Christensen 
(1972)

Oncorhynchus kisutch 24 h Pt(IV): 15.5 mg L−1 Ferreira and Wolke (1979)
Oncorhynchus kisutch 96 h Pt(IV): 2.5 mg L−1 Ferreira and Wolke (1979)
aHardness 124 mg L−1, carbonate alkalinity 84 mg L−1, Ca 35 mg L−1, Mg 8.7 mg L−1, Na 13 mg 
L−1, K 1.6 mg L−1, SO4 32 mg L−1, Cl 25 mg L−1.
bHardness 18 mg L−1, carbonate alkalinity 14 mg L−1, Ca 5.6 mg L−1, Mg 0.90 mg L−1, Na 1.4 mg 
L−1, K 0.15 mg L−1, SO4 3.4 mg L−1, Cl 2.5 mg L−1.
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(i.e. ground catalyst material, road dust, river sediments, soluble salts) could 
demonstrate that PGE are bioavailable in all relevant speciations. Several studies 
confirm that Pd tends to be the most bioavailable PGE. The acute and sublethal 
toxicity of PGE were proven to be low, however, chronical effects to low concentrations 
of PGE can not be excluded. The monitoring of PGE concentrations in relevant 
matrices (sediments, biota) of aquatic systems with special emphasis on Pd and 
further ecotoxicological tests are therefore highly recommended.
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Abstract  The sense of smell is our most emotional sense. Although not always 
being aware of it, it plays an important role in our everyday live. Scents are widely 
used in Personal Care Products (PCPs) such as shampoo, washing lotions or make 
up. They give a pleasant smell, mask unpleasant scents and may even bind consumers 
to a specific brand. As a result, scents are being applied more and more and in turn 
are being introduced in increasing volumes into the environment. Their fate and 
effect in the environment are to date mostly unclear. Because many organisms rely 
on scents as means of communication, the emerging amount of scents emitted by 
our civilization can cause disturbances, known as “infochemical effect”.

In this chapter, we give a short overview on the current usage and regulation of 
scents for Europe and the United States of America and possible risks of the introduction 
into the environment. For the University Medical Center Freiburg, we calculated 
the amount of used scents for the year 2006 from manufacturers’ information and 
give examples for used scents which also act as infochemicals.

5.1 � Introduction

Man has used substances for scenting purposes since the dawn of humanity. 
Flowers were found in a Neanderthal tomb in Shanidar Cave in northern Iraq 
(Leroigourhan 1975). In ancient Egypt, scented oils were used as perfumes and the 
process of perfume making is documented on ancient Egyptian wall paintings. In 
ancient Greece and Rome, natural scents, derived from rare flowers and woods, were 
used for religious and personal purposes. Through medieval ages the art of scenting 
was lost in Europe but preserved in the Arabic countries. In the sixteenth century 
the art of scenting was reintroduced to Europe. With the emerging industrialization of 
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society, more and more people could afford buying scented products due to increasing 
wealth. Also, due to progress in chemistry, scents themselves could be produced 
industrially at lower costs. This led to a large increase in the amount of used scents. 
Because today, differences in the quality of the everyday Personal care Products 
(PCPs) are very small, scents are one important criterion for choosing a special 
brand. Therefore, marketing takes efforts to find scents which match the product 
image or even enhance it (Knoblich et al. 2003). Additionally they even influence 
the perception of the result (Holland et  al. 2005). As a result, not only PCPs are 
scented but also whole shops or even offices in order to enhance corporate identity.

Today, the production of scents is a global business. For 2008, a study of 
Business Insights lists ten companies which account for 66% of the global flavor 
and fragrance market (Business Insights 2008). In Europe’s cosmetic industries, 
fragrances account for approximately €5.25 × 109 and the market is still growing. 
According to their annual report of 2007, the world leading company for flavors 
and fragrances, Givaudan, states its earnings before interest, taxes, depreciation and 
amortization (EBITDA) in 2007 for fragrances as €274 × 106. This means an 
increase in earnings of nearly 20% compared to the year 2006 earnings (Givaudan 
2007). According to data from the German Umweltbundesamt, the consumption of 
scents in laundry detergents has doubled from 3,200 t in 1992 to 6,948 t in 2004 
whilst the total consumption of laundry detergents has decreased from 522,732 t in 
1992 to 368,637 t in 2004 as can be seen Fig. 5.1. This means, the content of scents 
per ton laundry detergent has tripled.

Another effect of increasing use of scents is a increase in allergies against  
them. Many natural scents or their oxidation products, e.g. tetrahydrolinalool, are 

Fig. 5.1  Total consumption of laundry detergents (line) and consumption of scents in laundry 
detergents (bars) (Source: www.umweltbundesamt-umwelt-deutschland.de)
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potent allergens. To date, scent-induced contact allergies are very common (e.g. 
Johansen 2003). For the European Union, the former Scientific Commitee on 
Cosmetic Products and Non Food Products intended for Consumer (SCCNFP) 
published an opinion on 24 scents and two mixtures which have sensitizing proper-
ties (SCCNFP 1999).

Together with the increase in production and sale, the emissions into the environment 
also increased. Many PCPs like shampoos, showering gels and laundry detergents are 
emitted via the household into the sewage. Being volatile, some are emitted into the 
air too. The main part of used scents ends up unaltered in the environment. For some 
scents, such as synthetic musk compounds, it is already known that they are bioac-
cumulating and not biodegradable (Bester et al. 1998; Gatermann et al. 2002a, b). 
They have been found in a wide variety of fish, mussels and shrimp (e.g. Rimkus and 
Wolf 1994). Their impact on the environment is not known to date.

5.2 � Sources and Use

5.2.1 � Natural Sources and Roles

There are many ways living beings gather information on their environment, however, 
use of (volatile) chemicals is one of the most widespread ways to gather informa-
tions. These chemicals can transport and preserve information through time and 
space and are therefore used by organisms in a wide context e.g. Table 5.1 (Klaschka 
2009a). In 2004, Linda B. Buck and Richard Axel won the Nobel Prize in medicine 
for their discoveries of odorant receptors and the organization of the olfactory sys-
tem. Most known organisms are much more dependant on their sense of smell and 
the information they can gather than man. Every dog owner knows that dogs use 
urine marking to convey information on gender, sexual maturity, health and social 
dominance in a particular area (Pal 2003). The social behavior of many insects, e.g. 
ants and bees, strongly depends on scents (Fraberger and Ayasse 2007). Fish use 
scents to find their prey and plants communicate via green leaf volatiles (Reddy and 
Guerrero 2004; Gardiner and Atema 2007). Even bacteria have a kind of “olfactory” 
sense, i.e. they communicate by chemicals and use it for quorum sensing, an ability 
according to which the concentrations of specific chemicals emitted by bacteria 
affects the behavior of these and other bacteria (Waters and Bassler 2005). Because 
of the role in information exchange these substances are called infochemicals.

One of the first infochemicals found was the pheromone bombycol (Butenandt 
et al. 1959). Since then, a vast number of different chemicals that transfer information 
have been identified. Today, one can distinguish several classes of infochemicals. 
Pheromones transfer information in which the sender and the receiver are both from 
the same species, whereas allelochemicals contain interspecific information. 
Allelochemicals are further divided into allomones (only the sender takes advantage 
from the information), kairomones (only the receiver takes advantage from the 
information) and synomones (sender and receiver take advantage from the information) 
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(Dicke and Sabelis 1988). The relationship between the different infochemicals can 
be seen in Fig. 5.2.

To understand the various opportunities of interference, one has to understand 
how information transfer takes place via infochemicals. A generalized scheme of 
the perception of infochemicals is shown in Fig. 5.3. A cascade of sophisticated 
reactions starts when infochemicals dock at receptors in the receiving organ. They 

Table 5.1  Scents used in PCPs and their roles in nature

Compound CAS No. Role as infochemical in nature

Anethole 104-46-1 Food attractant
Anisaldehyde 135-02-4; 123-11-5 Food attractant
Benzaldehyde 100-52-7 Sex pheromone
Benzoic acid 65-85-0 Phytoalexin
D-Bornylacetate 5655-61-8 Sex pheromone
Camphene 79-92-5 Food attractant
Camphor 76-22-2 Food attractant

Allelopathy
Irritant
Insect repellent

Citral 5392-40-5; 624-15-7 Antiseptic
Defense
Food attractant
Signal for egg deposition

Citronellal 106-23-0 Defense
Antiseptic

p-Cresol 106-44-5 Defense
Isopentenylacetate 5205-07-2 Warning pheromones
Linalool 78-70-6 Antiseptic

Food attractant
Signal for egg deposition

Methylisoeugenol 93-16-3 Food attractant
Ocimene 13877-91-3 Food attractant
alpha-Pinene
beta-Pinene

7785-26-4
18172-67-3

Repellent
Defense
Allellopathy repellent
Irritant

Salicylaldehyde 90-02-8 Defense
Hygiene (to keep the body surface clean 

and allow breathing under water)
Terpinyl acetate 80-26-2 Antiseptic

Food attractant
Signal for egg deposition

Terpinolene 586-62-9 Food attractant
Warning pheromones

Tridecanone 593-08-8 Repellent
Various other responses
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release an electric stimulus to the central nervous system that can trigger various 
reactions from behavioral responses to morphological changes. Both can be influenced 
by internal and external factors such as concentration of the infochemical, time of 
day or the reproductive status of the receiver.

5.2.2 � Anthropogenic Use

Although unaware of it, humans are also affected by human infochemicals (Bhutta 
2007). They still play a role e.g. in mate choice. Another example is the regulation 
of the female ovulation (Stern and McClintock 1998).

Additionally to their natural odors, humans also use alien scents. Every substance 
which can be smelled by the human nose can be used as a scent (DVRH 2008). It 
is assumed that humans can distinguish up to 10,000 different scents. From these 
10,000 compounds, more than 2,100 substances representing 22 chemical groups 
are listed as scents in the Research Institute for Fragrance Materials (RIFM) database 
(Salvito et al. 2002, 2004).

Infochemicals

Pheromones

Allelochemicals

Allomones

Kairomones

Synomones

Fig. 5.2  Infochemical terminology (Dicke and Sabelis 1988)

Fig. 5.3  Simplified model of the reaction chain of the chemical communication by infochemi-
cals. The possible sites of action of anthropogenic infochemicals are indicated by black framed 
arrows
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Scents are manufactured in comparatively small amounts. For 2005, the German 
association of fragrance manufacturers (DVRH) state that 30 substances are listed as 
high volume production chemicals (HPVC1) (DVRH 2008). The substances themselves 
are not mentioned, there are only hints that they have a vanillin, mint and citrus note.

Many scents used by humans have naturally occurring archetypes, like linalool or 
limonene examples for natural infochemicals which are also used by humans is given in 
table 5.1 (Klaschka 2009a). However, there are also artificial substances as lilial (2-(4-tert-
butyl benzyl) propionaldehyde), lyral (4-(4-Hydroxy-4-methylpentyl)-3-cyclohexen-1-
carboxaldehyd) or synthetic musk compounds. As different as they are with regard to their 
chemical structure, they also differ in their physical and chemical properties such as vapor 
pressure, water solubility or partition coefficient between octanol and water (logP

OW
). 

These different properties are well known and used by fragrance manufacturers.
In most cases, mixtures of several scents are used in a product with combinations 

ranging from a few to hundreds of scents. This multitude of compounds may react 
with each other, mask unwanted scents and can even influence each others’ physical 
properties. For example, diethyl phthalate is used in fragrance formulations as a solvent 
and to influence the volatility of other scents (RIFM 2007). These combinations of 
substances bring new challenges in balancing and assessment because there are no 
tools currently available through which to determine the hazards of mixtures.

5.2.3 � Introduction into the Environment

Scents are emitted into the environment by way of several pathways. Scents from 
washing, cleansing and disinfecting products (e.g. shampoos, washing lotions, 
laundry detergents) are emitted primarily into the wastewater. Estimation of the use 
of scents in cleansing and disinfecting products can be done using the Technical 
Guidance Document on Risk Assessment (TGD) of the Institute for Health and 
Consumer Protection (European Chemicals Bureau 2003). In Part IV, mean con-
sumption values for several PCPs are listed in gram per day and per capita. Because 
these values are applicable for HPVC and scents are mostly Low Production 
Volume Compounds (LPVC), they can only deliver a crude estimate. Because 
manufacturers just have to list scents which are classifed as allergens by the former 
SCCNFP and don’t have to list the used amounts, determination of the amount of 
used scents is very difficult.

As an example, we estimated the consumption of scents in washing, cleansing 
and disinfecting agents for the University Medical Centre Freiburg for 2006. 
Consumption for washing, cleansing and disinfecting agents, were obtained by the 
central supply management. The data listed 120 PCPs, of which, according to the 
information given by the manufacturers, 33 contained scents. We could identify ten 
different scents from manufacturers’ information, which are listed in Table 5.2.

1Annual production volume exceeding 1,000 t.
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According to law, a scent which is listed by the SCCNFP has to be declared 
when exceeding a minimal content of 0.01%. Other scents are not declared and 
there is no quantitative statement. Therefore, the estimation of the consumption 
data of the scents was carried out by taking the consumption data for the products 
and assuming a content of 0.01%, giving minimum amounts. The real amounts can 
only be obtained by measurements.

Additionally, we checked all scents that we found on their infochemical proper-
ties, their production volume classification in Europe and their recommended 
usage according to the IFRA’s Code of Practice. From the ten found scents, only 
three were LPVC, i.e. are produced less than 1,000 t per year. All others are 
HPVC. According to the IFRA’s code of Practice, for two of them (Linalool and 
Limonene) the usage was specified as the level of the oxidation products should 
be below a certain amount. For four (Amylcinnamonaldehyde, Lilial, 
Hexylcinnamonaldehyde and Isoeugenol), the usage was restricted to certain con-
centrations according to different categories (for the categories refer to Fig. 5.4). 
Whilst only one (Lilial) has no known natural source, half of the found scents are 
natural infochemicals.

Fig. 5.4  Examples for Categories according to IFRA QRA Booklet
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5.3 � Fate in the Environment

Once emitted into the air scents can undergo reactions e.g. with hydroxyl, nitrate 
and ozone radicals. For four examined fragrances (OTNE ([1,2,3,4,5,6,7,8-octahydro- 
2,3,8,8-tetramethylnaphthalen-2yl] ethan-1-one), acetyl cedrene, Galaxolide and 
Isochroman), life times of between 2 min (OTNE with nitrate radicals) and 11 days 
(acetyl cedrene with nitrate radicals) were found (Aschmann et al. 2001). An atmo-
spheric lifetime above 10 days allows transport across 10,000 km (Schultz et al. 
1999). Also, volatile scents can be oxidized and condense to secondary organic 
aerosols. For this mechanism, values for aerosol formation of different volatiles, 
including some scents, could be obtained (Pankow et al. 2001). The significance of 
transport by particles is not known.

According to the TGD, one can assume that nearly 100% of the products are 
released into the water cycle after usage. Scents will therefore primarily enter the 
sewage system. Once there, they can undergo different chemical, physical and 
biological transformations. Scents with high vapor pressure may be emitted into 
the air and then oxidized. Substances with low vapor pressure and a high logP

OW
 

may be adsorbed by sludge. Scents with low vapor pressure and high water solu-
bility may reach the sewage treatment plant and may be biodegraded or even pass 
the sewage treatment plant like other micropollutants such as pharmaceuticals 
(Kümmerer 2008). Data on biodegradation are rare. A not published review of 
manufacturer’s information, literature and databases, undertaken by  one of the 
authors showed that out of 110 scents, biodegradability data was only avaiable on 
52. biodegradability was available. The same applies to ecotoxicological data.

5.4 � Anthropogenic Infochemicals, Application of Infochemicals 
and the Infochemical Effect

The infochemical effect is the effect anthropogenic substances have on an organism’s 
perception of infochemicals, as shown in Fig. 5.3 by black framed arrows. If the 
infochemical emerges from an anthropogenic source, this substance is called an 
anthropogenic infochemical (Klaschka 2008b). Use of repellents against insects 
and pheromone traps for pests are just two examples of various methods by which 
humans knowingly interfere with the chemical perception of organisms, thus taking 
advantage of the infochemical effect.

There are several ways by which an infochemical effect can take place. The 
basic mode is the introduction of a substance already used by an organism. Many 
insect traps or mating disruption methods work with synthetic pheromones as 
attractants, either to lure the pests into the trap or to try to “mask” a mating scent 
(e.g. El-Sayed et al. 2006). Many scents used in PCPs are also natural infochemi-
cals, thus leading to unwanted effects. Japanese scientists were able to determine 
2-pentenol, 3-methyl-1-butanol and 1-methylbutyl-3-methylbutanoate as allomones 
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for vespa mandarinia (Ono et al. 2003). Since these substances are also pres-
ent in shampoos and shower gels, their use could lead to insects attacking 
humans. With respect to the scents we found in our analysis at University 
Medical Centre Freiburg, their infochemical role is additionally mentioned 
in Table 5.2.

Substances with a different structure to known infochemicals might also have an 
effect. As outlined in Fig. 5.3, the perception of infochemicals takes place at various 
stages of olfactory perception. All these stages can be influenced. Anthropogenic info-
chemicals can act as a background signal for natural infochemicals, natural 
infochemicals can be masked by anthropogenic infochemicals before reaching the 
target organism, and anthropogenic infochemicals can block the perception sites in 
the cells. Within the cell, they can interfere with signal processing or alter the 
response itself, e.g. heavy metals such as mercury and zinc are known to damage 
chemosensory tissue in fish (summarized in Klaprat et al. 1992) and pesticides can 
alter the response to female priming pheromone in salmon (Moore and Lower 2001).

Keeping in mind the sophisticated system of information exchanged by chemicals 
on the one hand, and the volume of chemicals released into the environment day by 
day on the other, one can only surmise the extent of the disturbance caused by man, 
not only by introducing new infochemicals but also by altering the concentrations of 
natural infochemicals. As stated previously, the concentration or its change itself can 
be part of the information. Additionally, adequate tests for the determination of the 
infochemical properties of a substance are not yet established (Klaschka 2009b). 
Therefore, the concentrations needed for an effect might well be in the range of 
many anthropogenic contaminants already found in the natural environment.

5.5 � Regulation

5.5.1 � Europe

From 1997 to 2004 the SCCNFP, a part of the General Directorate for Health and 
Consumers subsection Public Health, was in charge of regulations concerning most 
PCPs in Europe. In opinion SCCNFP/0017/98 a list of 24 substances and two 
mixtures which are used as scents and have sensitizing properties was published 
(SCCNFP 1999). Thirty-six additional substances have been listed, which should 
not be used as fragrance ingredients in consumer products (SCCNFP 2000). Due to 
reassignment of responsibility to the European Food Safety Authority, the respon-
sibility concerning fragrances in non-food products was reassigned to the Scientific 
Committee on Consumer Products (SCCP), of the General Directorate for Health 
and Consumers subsection Public Health.

Concerning cosmetic products, ingredient regulations were harmonized for the 
European Union in cosmetic Directive 76/768/EEC. In this Directive, substances 
which should not be used in cosmetics are listed as well as substances which are 
only acceptable under special circumstances. For detergents, regulation 648/2004 
states that the 26 scents categorized as sensitizing according to 76/768/EEC, must 



975  Fate and Effects of Little Investigated Scents in the Aquatic Environment

be mentioned when exceeding an amount of 0.01% of the product. Other scents 
must only be indicated as perfume.

Since June 2007, all chemical substances within the European Union are regulated 
by Registration, Evaluation, Authorization and Restriction of Chemicals (REACH). 
Accordingly, manufacturers have to give information concerning the toxicity and 
behavior of the substances used. This information from manfacturers covers approxi-
mately 750 scents (DVRH 2008). The others are produced in sufficiently low amounts 
so that they do not have to be registered. These are still to be handled as specified in 
the cosmetics Directive 76/768/EEC. Therefore, it is not expected that through 
REACH much more data on the environmental fate and toxicity will be available for 
scents (Klaschka and Kolossa-Gehring 2007).

5.5.2 � United States of America

There are several institutions responsible for scents. While the major part of regulation 
lies in the hands of the Food and Drugs Administration (FDA) and the Consumer 
Product Safety Commission (CPSC), some aspects concerning environmental behav-
ior are regulated by the United States Environmental Protection Agency (US EPA).

Scents and fragrances used in cosmetics fall under the regulation of the FDA. 
The FDA defines cosmetics as “articles intended to be rubbed, poured, sprinkled, 
or sprayed on, introduced into, or otherwise applied to the human body for cleans-
ing, beautifying, promoting attractiveness, or altering the appearance” (US FDA 
2004). Soaps fall under the legislation of the CPSC and are defined as products for 
cleansing whose nonvolatile matter consists mostly of fatty acids and alkali salts, 
without claiming another effect, e.g. deodorizing. Both authorities (FDA and 
CPSC) rely mainly on the selfcontrol of the manufacturers. The only applicable 
regulation is that the endproduct shall cause no harm to the consumer.

Due to indoor volatiles, the US EPA is more concerned about volatile sub-
stances, including scents. Again, the US EPA relies primarily on manufacturers’ 
information, e.g. of the RIFM, to determine threats originating from scents.

5.5.3 � Manufacturers’ Self-Control

Manufacturers of fragrances are associated internationally by the International 
Fragrance Association (IFRA). This association gives advice to members concerning 
the use of substances. Data is acquired by the RIFM, which is sponsored by the 
IFRA. The RIFM carries out toxicological and when needed, ecotoxicological testing 
and has access to manufacturers’ proprietary data. The results of these tests are 
incorporated into the IFRAs Code of practice. The latest version is from October 
2006 with the last amendment being published in May 2007. The RIFM regularly 
publishes toxicology studies of substance classes. In the latest publication, from 
2007, the investigated groups were those related to esters and alcohols of cinnamic 
acid and cinnamic alcohol, ionones and salicylates.
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The IFRA uses the information obtained by the RIFM to give advice on the use 
of several substances in cosmetics. To date, there are 156 substances. Among these 
147 substances, there are 69 the use of which is prohibited and 68 substances the 
use of which is restricted. From the remaining 19 scents the use of seven needs 
specification, such as a certain maximum peroxide level.2 The use of three is 
prohibited and restricted, such as the pure substance is prohibited but essential oils, 
containing this substance to a certain level, are allowed.3 The use of six is prohibited 
with specifications such as use is allowed from certain sources or certain purities4 
and the use of three is restricted with specifications5 (IFRA 2008).

Additionally, all products containing scents are categorized for dermal sensitization 
by quantitative risk assessment (RFIM 2007). Depending on the category of the product, 
different maximum concentrations of scents are recommended. In these categories, 
very different products can be included. Category 1 for example includes all lip products 
and toys. Examples for products and their categories are shown in Fig. 5.4.

These regulations by IFRA are recommendations and have no legal-binding 
character.

5.6 � Conclusion

Scents are an important part of everyday life, not only for humans, but for all living 
beings. Today, we can choose from a variety of different scents to use, depending on 
our own state of mind and preferences. However, this is a double-edged sword 
because not only can we choose a scent to match our feelings, but marketing and 
industry also tries to use scents to influence our feelings. This adds up to an increasing 
usage of scents in general. The disturbances which may be caused by emitting info-
chemicals into the environment cannot be determined to date. Although being present 
in low amounts, infochemicals can influence a population at whole. Influencing every 
part of life, they have many possibilities to disturb. Research concerning this class of 
pollutants is only at the beginning. To present knowledge the role and significance of 
man made chemicals which act as infochemicals is not yet clear.
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Abstract  The eutrophication of water resources, mainly attributed to antrophogenic 
activities such as sewage and agricultural runoffs, has led to a worldwide increase 
in the formation of cyanobacterial harmful algal blooms (Cyano-HABs). Cyano-
HABs have the ability to produce and release toxic compounds, commonly known 
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as cyanotoxins, which comprise a potent threat for human and animal health as well 
as negative economical impacts. This chapter presents an overview on the sources 
and occurrence of species of cyanobacteria and their association with the production 
of cyanotoxins throughout the world. The main bloom-forming cyanobacteria 
that have been detected include Microcystis, Cylindrospermopsis, Anabaena, 
Aphanizomenon, and Planktothrix. The main cyanotoxins related to these cyanobac-
teria are microcystins, cylindrospermopsin, anatoxin-a and saxitoxins.

6.1 � Introduction

Cyanobacteria are ubiquitous organisms found in all types of habitats, including 
hydrothermal vents, sulfur springs, arid deserts, acidic tropical soils, and Antarctic 
lakes. They primarily make up, but are not limited to, the planktonic members of 
the water column in marine and freshwater environments. Special adaptations such 
as the presence of accessory pigments, nitrogen fixation, ability to regulate buoy-
ancy, and differentiated cell types for reproduction and dormancy, have provided 
cyanobacteria a competitive edge over other organisms that may lead to harmful 
blooms. During favorable environmental conditions, cyanobacteria can form dense 
growth known as “algal blooms” or “scum”. Cyanobacterial blooms occur globally 
as a result of naturally- and artificially-induced water eutrophication. Some lakes 
typically undergo natural maturation and become enriched in dissolved nutrients. 
Eutrophication is exacerbated by human wastes such as sewage, industrial dis-
charges, fertilizers from farms, homesteads, golf courses and concentrated animal 
feeding operations referred as CAFOs in the United States. Only some cyanobacte-
rial blooms produce cyanotoxins and these are referred to as Cyano-HABs. 
Cyanotoxins are released into the surrounding medium via secretory pathways, 
senescence or lyses of the blooms creating a significant risk to public and environ-
mental health.

6.2 � Sources and Occurrence of Cyanotoxins in North America, 
the Arctic and Antarctica

6.2.1 � General

The most commonly occurring cyanotoxins reported in North American water bod-
ies are microcystins (see Fig.  6.1). The occurrence of anatoxins, saxitoxins and 
cylindrospermopsins (see Fig. 6.2 for a representative chemical structure of each 
cyanotoxin) has also been reported, on a limited basis. Monitoring programs 
recently put into place are now beginning to provide more information about their 
distribution.
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Cyanobacterial harmful algal blooms have been documented in 49 out of 50 
states in the USA from a wide range of habitats (Fristachi et al. 2008). Maryland, 
Massachusetts, Minnesota, Nebraska, and New York have reported the presence of 
cyanotoxins in their water bodies and have closed waters used for recreation due to 
cyanobacterial harmful algal blooms. The states of Iowa, Minnesota, Nebraska, 
Wisconsin, California and Oregon in the USA, and Alberta and Manitoba in 
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Canada, have performed monitoring programs and routinely issue alerts for 
cyanobacterial harmful algal blooms.

The first documented link between gastroenteritis and cyanotoxins in the USA 
was reported in 1931 when a large gastrointestinal outbreak occurred in Charleston, 
Virginia which coincided with a cyanobacterial bloom in the Ohio River (Veldee 
1931). A similar event occurred in Pennsylvania where 62% of the population 
served by the Sewickley water utility suffered severe gastroenteritis due to 
cyanobacteria (Lippy and Erb 1976). In 1959 in Saskatchewan, Canada a number 
of people developed gastroenteritis after swimming in lakes experiencing algal 
blooms that contained species of Microcystis and Anabaena (Dillenberg and 
Dehnel 1960). Microcystis and Anabaena spp. were detected in stools of all 
patients.

A cyanobacterial bloom survey in the U.S. was undertaken in Wisconsin waters 
in the summer of 1987 and revealed that approximately 28% of the water sampled 
contained cyanobacterial toxins. Microcystis, Anabaena, and Gloeotrichia were the 
predominant cyanobacteria identified in these samples (Repavich et al. 1990). In a 
later study (McDermott et al. 1995), also performed in Wisconsin, 87% of water 
samples from northeastern lakes and ponds collected during cyanobacterial blooms 
contained 200–200,000 ng/L microcystin and Microcystis spp. were the most com-
monly identified microcystin-producing algae present. Seasonal variation in micro-
cystin LR concentrations was observed in samples collected from Buffalo Springs 
Lake (BSL) and Lake Ransom Canyon (LRC) in western Texas collected in 2003–
2004. The highest concentration observed was >1 µg/L microcystin-LR and was 
collected in the spring in 70% of BSL and 33% of LRC samples (Billam et  al. 
2006). Davis et  al. (2008) reported the frequent occurrence of cyanobacterial 
blooms, dominated by Microcystis spp., in four lakes in the Northeast USA and that 
the microcystin synthesis gene, mcyD, is a better predictor in quantifying toxic spe-
cies than was total cyanobacteria or chlorophyll a concentrations previously used 
by the World Health Organization (WHO). The first cyanobacterial harmful bloom 
in western Washington occurred in American Lake in 1998 (Johnston and Jacoby 
2003). Since then, toxic blooms have occurred in Great Lakes, Lake Waughop, 
Steilacoom Lake and Lake Sammamish resulting in recreational closures. A survey 
of 24 public water utilities in the USA and Canada from June 1998 to January 1998 
showed 80% of the water samples were positive for microcystin LR and 4.3% con-
tained >1 µg/L (Billam et al. 2006). In a limited study conducted in the summers of 
2001 and 2002 in the USA, weekly source and finished water samples showed <0.2 
µg/L microcystin, quantified by ELISA (Sinclair et al. 2005). Microscopic exami-
nation revealed cyanobacteria genera that can possibly produce microcystins and 
anatoxin-a.

In general, cyanobacterial species that produce microcystins are predominatly 
planktonic. Recently, however, more and more benthic cyanobacteria (mostly fila-
mentous) are being identified to produce microcystins. Benthic microbial mats are 
dominated by cyanobacteria in many lakes, ponds, and streams in the Arctic and 
Antarctica (Vincent 2000). Samples from meltwater ponds on the McMurdo Ice 
Shelf, Antarctica, collected in the summers of 1997–1999, showed cytotoxic 
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properties, phosphatase inhibiting activity and the presence of nodularin and 
microcystin LR (Hitzfeld et al. 2000). Benthic mats of algae in Ward Hunt Lake, 
located at the northern limit of the Canadian High Arctic, were comprised predomi-
nantly of filamentous cyanobacteria (Leptolyngbya, Pseudoanabaena, Tychonema, 
Lyngbya, and Oscillatoria spp.) while the water column also contained cyanobac-
teria, primarily Synechococcus and Anabaena spp. (Bonilla et al. 2005). Benthic 
microcystin-producing filamentous cyanobacteria have been isolated in four drink-
ing water reservoirs in southern California (Izaguirre et al. 2007). Cultured isolates 
were identified as Oscillatoria sp. and Phormidium ambiguum based on morphol-
ogy and partial 16S rRNA sequence comparison. Other members of Oscillatoriales 
as well as Cylindrospermum and Merismopedia spp. were also common.

Seasonal monitoring of cyanobacterial blooms in the Bay of Quinte and Maumee 
Bay, Canada revealed differences in the cyanobacterial genotypic community from 
early to late summer in 2005 and 2006. Four eutrophic lakes in the eastern town-
ships in Quebec, Canada showed peak cyanotoxin levels in late summer and in 
spring (Rolland et al. 2005). The toxins present were attributed to the abundance of 
Microcystis and Anabaena spp.

6.2.2 � Sources and Occurrence of Cyanotoxins  
in the Great Lakes

The Laurentian Great Lakes are located in the mid-eastern part of the United States, 
with four out of the five having shores in Canada. They are a global treasure from 
an ecological, economic, and social perspective. The Great Lakes consists of five 
lakes; Lake Superior, Lake Huron, Lake Michigan, Lake Erie, and Lake Ontario. 
Lake Superior is the most rural and Lake Erie has the most human impact. 
Containing one-fifth of the world’s freshwater, and providing drinking water to 
over 24 million Canadian and U.S. citizens allude to the human significance of 
these freshwater resources. With the Great Lakes encompassing 95% of the surface 
water supply in the United States, the Great Lakes Region strives to set the example 
for controlling anthropogenic practices that impact water quality such as toxin 
producing cyanobacteria blooms. A comprehensive review by Watson et al. (2008) 
reported harmful algal blooms at six locations on Lake Ontario, seven locations in 
Lake Erie, three locations in Lake Huron, two locations in Lake Michigan, and 
none in Lake Superior. These data were collected from published papers, United 
States Environmental Protection Agency Area of Concern reports, and unpublished 
drinking water treatment records. Since there are no published reported harmful 
algal blooms in Lakes Michigan and Superior, the focus of this review was on 
Lakes Huron, Erie and Ontario.

The second largest great lake is Lake Huron spanning 205 miles from north to 
south and 183 miles across. This lake has two of the largest freshwater bays; 
Georgian and Saginaw Bays. Both Georgian and Saginaw Bays have reported 
measurable amounts of microcystin (Watson et al. 2008; Vanderploeg et al. 2001). 
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The dominant microcystin congener was microcystin LR and the second most 
abundant was microcystin LA (Dyble et al. 2008). The more recent cyanobacterial 
blooms in Lake Huron’s Saginaw Bay and Lake Erie have been correlated to the 
invasion of the zebra mussels. Since the invasion of zebra mussels, there have been 
an increased number of blooms in Saginaw Bay (Vanderploeg et al. 2001) as well 
as Lake Erie (Murphy et al. 2003; Rinta-Kanto et al. 2005). With zebra mussels 
found in each of the Great Lakes there is concern that other bays will have 
cyanobacterial blooms.

Lake Erie is 241 miles across and 57 miles from north to south and is the small-
est of the lakes with respect to water volume. Its watershed includes parts of 
Indiana, Michigan, Ohio, Pennsylvania, New York, and Ontario. It is also exposed 
to anthropogenic effects from urbanization and agriculture. By the mid 1960s, 
seasonal cyanobacterial blooms were reported in the western basin of Lake Erie due 
to high influx of nutrients. Several potential cyanotoxin producing genera were 
reported: Anabaena, Aphanizomenon, and Microcystis. During the 1970s annual 
cyanobacterial blooms occurred with the predominate genera being Aphanizomenon. 
No massive cyanobacterial blooms were reported in the 1980s and when a bloom 
did occur the predominate genera was Aphanizomenon. By the late 1980s both 
zebra and quagga mussels were reported. In 1995 and 1998 the western part of Lake 
Erie experienced large cyanobacterial blooms of Microcystis. In the late 1990s, 
Brittain et al. (2000) reported microcystin levels as high as 3.4 mg/L and the isola-
tion of toxic Microcystis from Lake Erie. During a 2004 study (Dyble et al. 2008), 
research reported the dominant congener from the group of microcystins was 
microcystin LR and the second most abundant congeners was microcystin RR that 
accounted for up to 25% of the total microcystin concentration. A recent paper by 
Rinta-Kanto and Wilhelm (2006) suggested that the microcystin-producing com-
munities may not be limited to Microcystis. The identities and phylogenetic rela-
tionships of microcystin-producing communities for Lake Erie were assessed by 
the analysis for the mcyA gene carried by microcystin-producing Anabaena, 
Planktothrix, and Microcystis. Distinct populations of potentially toxin-producing 
Microcystis and Planktothrix were found in spatially isolated locations, suggesting 
diverse populations may be responsible for the microcystin levels reported in west-
ern Lake Erie. Wilson et  al. (2008) determined the tissue and liver microcystin 
concentrations from yellow perch (Perca flavescens) and particulate-bound micro-
cystin concentrations from water samples at 11 locations in the western basin of 
Lake Erie. While particulate microcystin concentrations fluctuated between 0.16–
4,282 ng/L, the liver microcystin concentrations ranged from 17 to 1,182 ng/g dry 
weigh tissue, and the muscle tissue microcystin concentrations ranged from 0.12 to 
4.02 ng/g dry weigh tissue. This study suggests that the muscle of yellow perch is 
safe for human consumption, while the liver is not. With this announcement, Lake 
Erie became a high priority research area of concern.

The smallest of the Great Lakes with respect to surface area is Lake Ontario with 
a surface area of 7,340 square miles. It is the last of the chain and has shores on 
Ontario, Canada and New York State. With 80% of the water flowing into Lake 
Ontario being downstream effluent for the other Great Lakes, it is impacted by the 
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human activities throughout the Great Lakes Basin. The southern shore of Lake 
Ontario reported levels below 1.0 mg microcystin/L with the highest values from 
bays and rivers (Makarewicz et al. 2006). Hotto et al. (2007) investigated the occur-
rence and diversity of microcystin genotypes and of microcystin variant composi-
tion from embayments and lakeside water samples from the southern and eastern 
shores of Lake Ontario in 2001 and 2003. The genotype distribution was in agree-
ment with the earlier studies indicating that the embayments and harbor contained 
toxigenic cyanobacteria. The genotype compositions within embayments were rela-
tively homogenous compared to those for the shoreline and tributary samples sug-
gesting that the embayments were impaired. Several microcystin congeners RR, 
YR, LR, LA, and LY were reported.

From 2000–2004 a large scale cyanotoxin monitoring took place by annual cruises 
in Lakes Erie and Ontario (Boyer 2008). Three hundred and eight and 736 samples 
were collected from Lake Erie and Ontario, respectively. Subsets of these samples were 
analyzed for microcystins, anatoxin-a, cylindrospermopsin and saxitoxins. The 
cruises were scheduled on availability of the ship; not based on the seasonal trends 
of cyanobacterial blooms. Lakes Erie and Ontario microcystin concentrations were 
analyzed by protein phosphatase inhibition assay and were reported in microcrys-
tin-LR equivalents concentration. The Lake Erie microcystin monitoring yielded 
4% of the samples were greater than 1.0 mg/L, 29% of samples were between 1.0 
and 0.1 mg/L, and 40% of the samples were between 0.1 and 0.01 mg/L. Anatoxin-a, 
saxitoxin, and cylindrospermopsin were reported with 6% of the samples between 
0.01 and 1.0 mg/L, 1% of the samples having greater than 0.01 mg/L, and 3% of the 
samples having greater than 0.01 mg/L, respectively. The most toxic bloom was 
reported in August of 2003, when levels of microcystins were 21 mg/L. Several 
beaches and recreational boating areas were closed because surface scum had 
washed ashore. Three regions of the lake were reported to have microcystins, two 
in the western portion at the mouths of the Maumee River and Sandusky Harbor, 
and one in the northeastern region, Long Point Bay. Lake Ontario microcystin 
monitoring yielded 1% of the samples were greater than 1.0 mg/L, 11% of samples 
were between 1.0 and 0.1 mg/L, and 28% of the samples were between 0.1 and 0.01 
mg/L. Anatoxin-a and cylindrospermopsin were reported with 2% of the samples 
between 0.01 and 1.0 mg/L and 3% of the samples having greater than 0.01 mg/L, 
respectively.

6.2.3 � Prevalence of Cyanotoxins in Florida

Cyanobacteria are commonly found in Florida’s springs, lakes, and estuaries. Many 
of Florida’s largest and most important lakes, rivers, and estuaries, such as Lake 
Okeechobee, the St. Johns River, the St. Lucie River and the Caloosahatchee River 
are increasingly impacted by large cyanobacterial blooms. In 1998, the Florida 
Legislature organized the Florida Harmful Algal Bloom Task Force which initiated 
a study to identify if cyanobacterial toxins were prevalent in Florida’s surface waters. 
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Samples were collected throughout Florida and of the 167 samples analyzed, 
88 samples from 75 individual sample sites contained cyanotoxins (Detection Limit 
(DL) ³0.1 µg/L). The algal toxins that were positively identified were microcystins, 
anatoxin-a, and cylindrospermopsin (Williams et al. 2001).

As explained in the introduction, cyanotoxins are naturally produced metabolites 
that tend to be produced in warm, slow moving, eutrophic water bodies. Major 
toxins of concern include the microcystins, cylindrospermopsin, anatoxin-a, sax-
itoxins, beta-methyl amino alanine (BMAA) and toxins associated with Lyngbya 
species (lyngbyatoxins and aplysiatoxins). All of these compounds, except for 
BMAA and the lyngbyatoxins, have been positively identified in Florida freshwater 
systems. The Florida Harmful Algal Bloom Task Force reported microcystins (12.5 
mg/L), cylindrospermopsin (97 mg/L) and anatoxin-a (8 mg/L) at concentrations 
significantly greater than accepted guideline levels in post-treatment drinking water 
(Williams et al. 2006) indicating a potential for human health risks. The suggested 
guideline levels in drinking water for microcystin LR, cylindrospermopsin and 
anatoxin-a are 1 mg/L (World Health Organization 1998), 1 mg/L (Humpage and 
Falconer 2002) while none is currently formulated (although it is assumed to be £1 
µg/L), respectively. Although greater attention has been given to these freshwater 
toxins over the past 10 years, there still exists a limited amount of information, on 
a national basis, regarding the prevalence, magnitude, duration and actual health 
implications of these compounds.

Microcystins are the most frequently reported and exhibit the highest environ-
mental concentrations of any of the cyanotoxins in Florida. However, very little 
information is available concerning the effects of microcystins on environmental 
and human health (acute or chronic exposure). In Florida, microcystins are com-
mon components of surface waters and can be present year-round, but predomi-
nantly at low concentrations (0.5–3.6 mg/L) (Lake County Water Authority 2005). 
Recent work by the St. Johns River Water Management District in 2008 showed 
microcystins to be present throughout the freshwater section of the Lower St. Johns 
River Basin from June through early September at concentrations that ranged 
between non-detectable to 3.21 mg/L (analyses were not performed before June or 
after October, Williams et al. 2008, unpublished data). In general, Microcystis spp. 
(specifically Microcytsis aeruginosa) is responsible for microcystin production in 
Florida but Anabaena spp. and Planktothrix spp. can also contribute.

In Florida, microcystin containing bloom events may occur within a given lake 
at multiple times per year and can result in concentrations that reach the ppm range 
(mg/L) (Lake County Water Authority 2005). Major bloom events tend to occur 
during the summer and early winter (usually November and December) and can 
have a duration of 30–60 days depending on weather conditions (Green Water 
Laboratories/CyanoLab 2008). Early winter blooms can exhibit extremely high 
microcystin concentrations and can be the highest concentrations observed during 
a given year (Lake County Water Authority 2005). Concentrations as high as 12 
mg/L have been recorded via enzyme linked immunosorbent assay in a south 
Florida lake by GreenWater Laboratories (Williams et al. 2007, unpublished data). 
Highest concentrations are typically found at the windward shoreline and only in 
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the upper surface waters (0–0.5 m) due to the positively buoyant nature of 
Microcystis cells and the intracellular compartmentalization (90–95% intracellular) 
of toxin in healthy thriving populations. As blooms senesce, higher concentrations 
of extracellular microcystins can be found in the water column.

The St. Johns River, near Jacksonville Florida (northeast Florida), has experi-
enced three large Microcystis blooms (1999, 2000 and 2005) over the past decade. 
Bloom formations extended over 100 km of river surface, were extremely dense in 
localized areas (5–15 cm in depth) and persisted for up to 3 months (C. William’s 
personal observation). Major bloom events have consistently developed in specific 
stretches of the St. Johns River and have been associated with bird and fish mortal-
ity events. Concentration levels can be highly patchy with specific areas void of 
microcystins while windward shorelines, embayments, tributaries or small canals 
can reach concentrations in excess of 1,000 mg/L. High concentrations usually 
persist throughout the bloom where cell concentrations are dense and are normally 
terminated by storm events. Data from the St. Lucie River and the St. Johns River 
during simultaneous but separate Microcytsis aeruginosa blooms in 2005, showed 
toxin concentrations that ranged from 0–278 and 0.2–1,413 mg/L, respectively. 
(Williams et  al. 2007). Microcystin data from the Calooshatchee River during a 
major Microcystis bloom displayed concentrations that ranged between 1,000 and 
5,000 mg/L for nearly 60 days (Williams et al. 2007).

In 1999, the Florida Harmful Algal Bloom Task Force was the first to positively 
identify the compound cylindrospermopsin in Florida waters with environmental 
concentrations as high as 202 mg/L (Williams et al. 2006). Since this time, toxin 
concentrations in the same lakes have been found infrequently (18%) and only at 
concentration levels between 0.05–0.2 mg/L even though cell concentrations of 
Cylindrospermopsis raciborskii remained consistently high (>100,000 cells per 
mL) (Lake County Water Authority 2005). A recent publication by Yilmaz et al. 
(2008) suggests that C. raciborskii may not be the source of cylindrospermopsin in 
Florida waters but that other cyanobacteria, namely Aphanizomenon ovalisporum, 
might be the causative agent of toxin production. Data collected by the Florida 
Department of Health showed that specific lakes do exhibit consistent cylindrosper-
mopsin production. Lake Jesup surface water was found to contain 0.5–1.6 mg/L 
from July–October, 2005 (Aubel et  al. 2006). Recent work conducted by the St. 
Johns River Water Management District (2008) reported cylindrospermopsin to be 
consistently present (0.05–0.44 mg/L) in water samples collected from June through 
October in the St. Johns River (Williams et al. 2008, unpublished data).

Anatoxin-a is the third most prevalent of the cyanotoxins found in Florida phy-
toplankton. Monitoring performed between 2002 through 2006 in central and 
northeast Florida showed that anatoxin-a, analyzed via LC/MS/MS, was not 
reported (n = 90, DL ³ 0.1 µg/L) (Lake County Water Authority 2005). Conversely, 
recent work conducted by the Florida Department of Health, Aquatic Toxins 
Program (2007/2008) showed a small recreationally utilized lake in central Florida 
to contain low levels (0.1–1.0 mg/L) of anatoxin-a throughout the year. In general, 
Anabaena circinalis is the primary blue-green algae of concern for the production 
of anatoxin-a.
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In 2000, the Florida Harmful Algal Bloom Task Force identified a very large 
bloom of A. circinalis that developed in the St. Johns River and contained 156 mg/L 
of anatoxin-a. Unfortunately, toxin analyses were not performed over the duration 
of the bloom event. This bloom extended over 40 km of river surface and was asso-
ciated with a major fish mortality event near Jacksonville, Florida. In the same year, 
a mortality event with white pelicans was observed in a small northeast Florida 
lake. C. raciborskii was the dominant algae present in the lake but a high level of 
anatoxin-a was reported in the liver of one specimen by Carmichael et al. (Williams 
et al. 2006). Microcystins and cylindrospermopsin were analyzed for but were not 
found in the same tissue.

The Florida Department of Health, Aquatic Toxins Program (2007/2008) 
recently initiated the collection and analysis of filamentous algae and cyanobacteria 
in Florida’s freshwater spring systems. Debromoaplysiatoxin (DAT) and saxitoxins 
(STX) have been identified in algal mats collected. Although multiple algal species 
were present in these collections, mats dominated by the cyanobacteria Oscillatoria 
limosa exhibited concentrations of DAT from 2–10 mg/g (dry weight). Mats domi-
nated by the cyanobacteria Lyngbya wollei have exhibited concentrations of STX 
greater than 1,000 mg/g (dry weight) (Green Water Laboratories/CyanoLab 2008, 
unpublished data).

To date, analyses for the presence of saxitoxins or BMAA have not been per-
formed on Florida lake water and their associated phytoplankton. Saxitoxins have 
been reported from the tissues of shellfish collected from the St. Johns River (J. 
Landsberg, 2008 personal communication) but the source of these toxins were not 
identified.

6.3 � Sources and Occurrence of Cyanotoxins in Europe  
and the Middle East

Cyanobacteria blooms are known to occur in the waterbodies of European countries 
and in some extent in the Middle East. The range of water bodies in which 
cyanobacteria develop includes fresh waters (natural lakes, rivers, ponds, man-
made reservoirs and canals) and brackish waters. Monitoring programs and/or 
research studies have been performed in most European countries (Chorus 2005). 
Moreover, UNESCO has implemented a network for cyanobacterial blooms and 
toxin risk management (International Hydrological Program) which aims to estab-
lish a relatively uniform approach to assess the occurrence and toxicity of 
cyanobacterial mass populations in European waters (Codd et al. 2005a and 2005b). 
Information on the occurrence of cyanobacteria species from water sources in 
Europe and Middle East are given below.

Microcystins were identified in water samples taken from freshwater and brack-
ish water locations in SW Finland from 1999 to 2001. The most likely microcystin 
producers were Planktothrix agardhii, Microcystis aeruginosa and Anabaena lem-
mermannii. The most common toxins found were microcystin RR, LR and YR with 
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different degrees of demethylation (non-, mono- or didemethylated) (Spoof et al. 
2003). Cyanobacterial bloom samples from the Gulf of Finland (northern Baltic 
Sea) were analyzed for microcystins and nodularins, cyanobacterial peptide hepa-
totoxins. The blooms consisted mainly of the genera Nodularia, Anabaena and 
Aphanizomenon. The main hepatotoxin in the samples was nodularin-R (Nod-R). 
The presence of demethylnodularin-R and microcystin-LR was also confirmed. 
Anabaena was the likely producer of microcystin-LR in the samples (Karlsson 
et al. 2005).

The most frequently appearing cyanobacterial genera in Danish lakes and 
coastal areas are Microcystis, Anabaena, Aphanizomenon, Planktothrix, and 
Nodularia. The most frequent toxins are microcystins, but other types have also 
been found, including anatoxin, nodularin and saxitoxin. A recent survey on a large 
number of Danish lakes showed that the toxin content on a volumetric basis can 
easily exceed the 1 mg/L guideline as suggested by WHO (Christoffersen 2005).

Recent studies suggest the occurrence of microcystins in the aquatic environ-
ment of the Czech Republic. Median annual concentrations in water bloom biomass 
ranged from 150 to 600 mg/g (1993–2005) with maximum (extreme) concentrations 
about an order of magnitude higher. Concentrations of microcystin-LR formed only 
about 50% of total microcystins. Results of filtered water samples collected during 
2004–2005 from surface waters of Czech Republic showed median concentration 
of 0.212 mg/L. In samples from drinking water supplies, a median of 0.2 mg/L was 
recorded (in both 2004 and 2005) with a maximum of 17 mg/L. About 75% of 
analysed samples had concentrations below the WHO limit for microcystin LR 
(Blahova et al. 2008).

The occurrence of cyanotoxins in relation to species dominance and environ-
mental factors has been studied in the frame of a research project in Germany. It 
showed that Microcystis and Planktothrix appear to be the two genera of toxic 
cyanobacteria most frequently occurring in Germany and that field samples of these 
almost always contained microcystins, with Planktothrix usually containing more 
microcystins than Microcystis. The neurotoxins investigated (anatoxin-a and sax-
itoxins) were rarely detected and if so, at low concentrations (Chorus 2002). 
According to a study concerning the occurrence of microcystins and anatoxin-a in 
Berlin water bodies, it was found that concentrations of total microcystins (cell-
bound and dissolved) varied between 0.14 and 119 mg/L; nearly 74% of the samples 
showed values above 1 mg/L, 38% above 10 mg/L and 2% above 100 mg/L. 
(Fromme et  al. 2000). On the other hand, the cyanobacterial toxin cylindrosper-
mopsin is widely spread in German lakes. Recent studies showed that the wide-
spread native Nostocales species A. gracile is a potential cylindrospermopsin 
producer in German lakes (Rucker et al. 2007).

A survey of the distribution of cyanobacterial blooms in the southern part of 
Belgium, in Luxembourg as well as in bordering northeastern France was carried 
out for four years (1997, 1999–2001). Microcystis as well as Planktothrix were 
the most frequently encountered dominant bloom formers, followed by Anabaena, 
Woronichinia and Aphanizomenon. Mycrocystins were found in 53% of the analy-
sed blooms and their presence was mainly assigned to Microcystis dominance. 
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The highest microcystin concentration of 2.231 mg/g seston as dry weight was 
recorded in a sample dominated by Woronichinia naegeliana. Among the six inves-
tigated microcystin variants, microcystin LR was the most frequently detected 
whereas microcystin-LY was never detected (Willame et al. 2005).

The occurrence and concentration of microcystins were analysed in samples 
from water reservoirs in the Madrid region (Spain) between July and November in 
2002 and 2003. The data collected indicated that microcystins were present in both 
years in all the reservoirs studied. In many cases, microcystin concentrations were 
higher than the WHO recommended limit for drinking water (1 mg microcystin 
LR/L) and in one of the reservoirs, Santillana, its concentration was extremely high 
(up to 70 mg/L). Microcystis aeruginosa was the main producer of microcystins in 
freshwaters from the Madrid region (Carrasco et al. 2006).

Toxic cyanobacterial bloom samples collected in natural lakes, reservoirs and 
rivers of Portugal were analysed. The main bloom species present in the samples 
were Microcystis aeruginosa, Microcystis wesenbergii, Anabaena flos-aquae and 
Nostoc sp. Microcystin LR was the most common and its proportion in each sample 
ranged from 45.5% to 99.8% of the total microcystin contents. Microcystins RR, 
YR and [D-Asp3] LR were also identified in the samples. Total microcystin con-
centration varied from 1.0 to 7.1 mg/mg as dry weight of cyanobacteria (Vasconcelos 
et al. 1996).

Phytoplankton and LC/MS/MS toxin analyses were performed in surface water 
samples collected from several Italian lakes from 1989 to 2006. The most wide-
spread species associated with toxin production belonged to the genera Microcystis, 
Planktothrix and Anabaena. Extracellular concentrations varied from traces (minor 
than 0.004 ng/L) up to 226.16 mg/L for microcystins (sum of all variants), to 126 
ng/mL for total cylindrospermopsin and to 100 mg/g (dry weight) for anatoxin-a. 
(Messineo et al. 2009).

Cyanobacterial water blooms were observed in Greek surface water. 
Cyanobacterial genera (Microcystis, Anabaena, Anabaenopsis, Aphanizomenon, 
Cylindrospermopsis) with known toxin producing taxa were present. According 
to existing data it would appear that Mediterranean countries are more likely (a) 
to have toxic cyanobacterial blooms consisting of Microcystis spp. and (b) to 
have higher intracellular microcystin concentrations. Several microcystins vari-
ants have been identified in the cyanobacterial blooms. The most abundant vari-
ants are microcystins LR and RR, while microcystin LA, YR and demethylated 
derivatives of microcystins LR and RR have also been found. In addition, other 
bioactive peptides (anabaenopeptins A and B) have been identified and quanti-
fied in some Greek lakes (Gkelis et al. 2005). There is no evidence to date for 
the occurrence of neurotoxic cyanobacterial blooms in Greece (Cook et  al. 
2004). In a recent study (May 2007–December 2008) in Marathonas Lake, a 
drinking water reservoir in the area of Athens, microcystins RR, LR and YR 
were detected at concentrations up to 0.060, 0.029 and 0.009 mg/L, respectively. 
However, no cyanotoxins were detected in drinking water samples of the area of 
Athens (Tsimeli et al. 2008).
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Excessive development of planktonic cyanobacterial species can frequently be 
observed in the warm season in Romanian freshwaters, leading to massive blooms. 
Cyanobacterial bloom material collected in the summer of 2001 from the 
Gheorgheni recreational water body (Cluj-Napoca, Romania) during a bloom 
period was dominated by Microcystis aeruginosa and Microcystis viridis. Different 
microcystins, such as microcystins LR, RR, YR and WR, were detected for all 
extracts of cyanobacterial material (Boaru et al. 2006).

The Kucukcekmece Lagoon is in the European part of the city of Istanbul, 
Turkey. It was considered a drinking water reservoir in the 1980s; however, the 
lagoon has shown some eutrophication, as indicated by cyanobacterial blooms and 
deterioration in water quality. The occurrence of microcystins in the Kucukcekmece 
Lagoon, was investigated from October 2000 to June 2003. Water samples were 
collected from surface waters at three sites. Most bloom samples were dominated 
by Microcystis aeruginosa. The major microcystin variants detected were micro-
cystins YR and LR. Microcystin concentrations increased dramatically from early 
summer to early autumn and thereafter tended to decrease. The toxin concentration 
found in the filtered samples from surface waters varied between 0.06 and 24.2 
mg/L, microcystin LR equivalents. Each year, extensive fish mortality was recorded 
between mid-June and early October, coinciding with heavy algal blooms (Albay 
et al. 2005).

6.4 � Sources and Occurrence of Cyanotoxins in Asia  
and Australia

Freshwater cyanobacteria harmful algal blooms, as well as benthic marine 
cyanobacteria have been observed in Australian waters (Sinclair et al. 2008; Codd 
et al. 1994). The first instance scientifically correlating the presence of cyanobac-
teria harmful algal blooms with wild life fatalities was reported in Australia 
(Codd et al. 1994; Francis 1878). The favorable conditions (i.e., water tempera-
ture, stagnant waters, nutrient levels) for algal growth have resulted in the 
formation of numerous species in Australian waters including Anabaena, 
Cylindrospermopsis raciborskil and Phillipinensis, Lyngbya, Microcystis, and 
Nodularia spumigena (Sinclair et al. 2008; Australian Drinking Water Guidelines 
2008). In addition to the presence of toxins, water supply problems associated 
with cyanobacteria include undesired taste and odour in water (Australian 
Drinking Water Guidelines 2008).

Based on the Fact Sheet of the Australian Drinking Water Guidelines (ADWG) 
in Southeastern Australia, the hepatotoxic microcystins are considered to be 
the most important drinking water contaminant related to cyanobacteria. 
Cylindrospermopsin has been found in many water supply reservoirs in northern, 
central and southern Queensland and the Murray-Darling River system (Australian 
Drinking Water Guidelines 2008).
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The hospitalization of 148 people (including children) after consuming water 
from the Solomon Dam on Palm Island (Queensland, Australia) in 1979 was associ-
ated with cylindrospermopsin. A toxic Cylindrospermopsis raciborskii bloom in 
the Dam was treated with copper sulfate causing cells to break increasing the extra-
cellular concentration of cylindrospermopsin (Australian Drinking Water Guidelines 
2008; Griffiths and Saker 2003). In Moreton Bay benthic blooms of Lyngbya 
majuscule have caused skin, eye, and respiratory effects to swimmers (Burch 
2008). So far, no human fatalities have been reported in Australia; however deaths 
of animals such as cattle are believed to be caused by cyanotoxins (Griffiths and 
Saker 2003).

Australia has been one of the pioneers in setting limits on cyanotoxin concentra-
tions in drinking (1.3 mg/L total microcystins) and recreational waters (10.0 mg/L 
total microcystins). Australia has also developed Livestock Drinking Water 
Guidelines for Cyanobacteria based on the chronic and toxic effects of cyanobac-
teria and their toxins on animals. In addition to that, the state of Victoria has 
adapted a “health alert” for microcystins and nodularins in seafood (Burch 2008). 
Treatment processes proposed for the cyanotoxins microcystins and cylindrosper-
mopsin include chemical oxidation with ozone and chlorine as well as adsorption 
to granular activated carbon. It is noted that boiling the water is insufficient to 
remove microcystins (Australian Drinking Water Guidelines 2008). The next step 
for Australia will be to establish a best available technology for the treatment of 
cyanobacteria and their toxins in drinking water.

Toxic cyanobacterial blooms have been frequently detected and studied in drink-
ing and recreational water sources of Japan such as Lakes Sagami, Tsukui, 
Kasumiguara, and the Ariake Sound (Tsuji et al. 1996; Seki et al. 1980; Ishizaka 
2003). Tsuji et al. determined the intracellular and extracellular microcystin levels 
in the water environment during 1992–1995. Microcystin RR, LR, and YR were 
detected at 0.02–2.64 mg/L in cell-free water and at 0.02–378 mg/L in the cells. 
Only in one sampling event the extracellular microcystins concentration exceeds 
the WHO provisional limit of 1 mg/L (Tsuji et  al. 1996; Falconer et  al. 2006). 
Studies in Japan have also focused on the persistence of cyanotoxins in natural 
environment and the natural routes (i.e., dilution, adsorption, thermal decomposi-
tion, photolysis and biological degradation) that can assist in their decomposition 
(Harada and Tsuji 1998).

In China, algal blooms of the commonly found worldwide species of Microcystins, 
Anabaena and Planktothrix as well as more rare ones such as the cylindrospermop-
sin producing Raphidiopsis have been detected (Li et al. 2008). Persistent blooms 
in vital water bodies of China such as Lake Tai (which until recently served 2 mil-
lion people) has been troubling the Chinese environmental services (Xie et  al. 
2008). Therefore a number of studies that investigated the causes of eutrophication 
and plankton formation in Chinese lakes and seas are currently available. 
Determination of water quality parameters and nutrient levels (i.e., biological oxy-
gen demand, BOD; chemical oxygen demand, COD; total phosphorus, TP; total 
nitrogen, TN; dissolved oxygen, DO) along with satellite imaging were employed 
to investigate the spatial and temporal distribution events of algal blooms in water 
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bodies (Wei et al. 2008; Wu Wu and Ma 2008; Tang et al. 2003). In the case of Lake 
Tai, high ammonia concentrations from the direct discharge of manure and sewage 
were the main sources of contamination (Xie et al. 2008). Another study on red tide 
events in the South China Sea occurring from 1980 to 2004 attributed their prefer-
ential formation (77%) around the coastal area of the cities Shen Zhen, Zhu Hai and 
Hui Zhou to the geology of the ground and water quality. Currently the Chinese 
government has committed to a 5 year restoration plan of Lake Tai that is estimated 
to cost 14.4 billion dollars (Yardley 2007). Since recent studies have related the 
elevated levels of primary liver cancer in specific parts of China to the exposure to 
hepatotoxic microcystins (Yu et al. 2001), monitoring, treatment and mitigation of 
the affected areas are essential.

6.5 � Sources and Occurrence of Cyanotoxins in South America

Water bodies in Central and South America have started to receive greater attention 
as field studies become necessary to estimate the environmental and sanitary impor-
tance of cyanobacteria in the region. However, only few publications on the occur-
rence of cyanobacteria species from water sources are available from Argentina 
(Amé et al. 2003; Ruibal Conti et al. 2005), Uruguay (De Leon and Yunes 2000; 
Vidal and Kruk 2008), Brazil (Magalhães et al. 2003; Deblois et al. 2008; Azevedo 
et al. 2002; Branco and Senna 1996) and Chile (Gaete et al. 1994). All of the res-
ervoirs examined in these studies are considered tropical or subtropical and are 
important sources of drinking water, power generation, aquaculture and recre-
ational activities where urbanization of the surrounding areas has impacted the 
water quality. Surveys carried out in Argentina, Uruguay and Brazil were per-
formed in man-made reservoirs which are ecosystems, in general, more susceptible 
for the development of cyanobacterial blooms due to their large water volume, long 
water retention time and shallow configuration.

Amé et al. (2003) studied the variation of water quality parameters of the San 
Roque Reservoir in Córdoba, Argentina. Environmental factors such as high tem-
perature promote the presence of toxic strains of microcystins and high concentra-
tions of ammonia-nitrogen and iron disfavored its presence during bloom periods. 
Spatial distribution analysis indicated that summer and early autumn were the sea-
sons when proliferation of cyanobacterial blooms occurred, in agreement with 
other studies conducted in the same and different regions in South America (Ruibal 
Conti et al. 2005; De Leon and Yunes 2000; Vidal and Kruk 2008; Magalhães et al. 
2003; Deblois et al. 2008; Gaete et al. 1994). The analysis of the extracts showed 
the presence of microcystin LR and RR in 97% of the blooms sampled. The total 
amount of microcystins ranged between 5.8 and 2,400.0 mg/g of the freeze-dried 
bloom material weight obtained (Amé et al. 2003).

La Plata River Basin in Uruguay has also shown presence of cyanobacteria (De 
Leon and Yunes 2000). As expected from previous studies, Microcystis aeruginosa 
was dominant compared to other phytoplankton species during sampling in 
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February where lack of rainfalls, slow winds and other environmental factors 
favoured bloom development. MC levels range between 101.7 and 1,074.3 mg/g dry 
weight. In a more recent publication, Vidal et al. (Vidal and Kruk 2008) reported 
the presence of Cylindrospermopsis raciborskii in a wide variety of subtropical 
lakes in Uruguay during summer time. Cylindrospermopsis raciborskii ranged from 
9.9% to 50% of total phytoplankton abundance up to becoming the dominant spe-
cies in a determined system.

Microcystis aeruginosa and Cylindrospermopsis raciborskii are the most wide-
spread toxic cyanobacteria in Brazil. In the Sepetiba Bay, in Rio de Janeiro, Brazil, 
three main phytoplanktonic classes were observed in the sampling sites where 
cyanobacteria species were dominant (Magalhães et al. 2003). The Funil and Furnas 
reservoirs, located in southern Brazil, were determined to be eutrophic in the stations 
sampled (Deblois et al. 2008). In the Funil reservoir, phytoplankton biomass con-
taining microcystins producers was the dominant group whereas at Furnas reservoir, 
it represented a smaller fraction of the total biomass (including Microcystis aerugi-
nosa) (Deblois et al. 2008). Different studies have reported periodic occurrence of 
blooms of Microcystis aeruginosa in the Paranoa reservoir. Moreover, 
Cylindrospermopsis raciborskii was found to be dominant during raining season in 
summer (Azevedo et al. 2002). A monitoring program after the human incident in 
Caruaru, Brazil in 1996, where 52 of 131 patients in a dialysis clinic died after con-
sumption of water contaminated with cyanotoxins, was conducted (Branco and 
Senna 1996). The results revealed that the dominant specie of phytoplankton from 
water supply of the city (Tabocas reservoir) during sampling in March was 
cyanobacteria species, predominantly Microcystis, Anabaena and Cylindrospermopsis. 
In Chile, cyanobacteria blooms resulting in microcystins species dominance and 
massive fish death have been reported in Aculeo Lake (Gaete et al. 1994).

Data on the occurrence of toxic cyanobacteria suggests that tropical and sub-
tropical environments in South America are adequate for the formation of 
cyanobacterial blooms but currently only selected studies are found in the literature. 
More detailed work related to the frequency, intensity and geographic distribution 
of harmful and toxic cyanobacteria occurrence from inland fresh water are required 
in South America, which opens a new field of collaborative effort to evaluate estab-
lished guidelines, implement risk assessment and management policies in the 
region.

6.6 � Sources and Occurrence of Cyanotoxins in Africa

Cyanobacterial toxins have been found nearly in all the countries of the African 
continent; however, occurrence information is barely available, except for South 
Africa (Ballot et al. 2003; Codd et al. 2005; Haande et al. 2007). The dominated 
cyanobacterial bloom species in South African Lakes are usually Microcystis and 
Anabaena. A four month study showed that Microcystis aeruginosa was the most 
abundant cyanobacteria in Lake Krugersdrift, Hartbeespoort, Klipvoor, Rietvlei 
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and Roodeplaat (Oberholster et  al. 2009; Recknagel et  al. 2008). Microcystis 
aeruginosa and Planktothrix sp. were also shown to be prevailing in the dams stud-
ied in 2005/2006 winter and summer seasons. The microcystin concentration was 
as high as 28,930 mg/L in some hypertrophic dams (Masango et  al. 2008). 
Microcystis was the dominant cyanobacteria species in Lake Midmar, South Africa. 
Even during winter time when the temperature was around 10.1°C, a cyanobacterial 
bloom of Microcystis was observed (Obergikster and Botha 2007).

About 70% of the reservoirs in Tigray, Northern Ethiopia were found to have 
very dense cyanobacteria bloom (Dejenie et al. 2008). Cyanotoxin producing bac-
teria were found in Lakes Momela, Embagai and Manyara in Tanzania, with 
Arthrospira fusiformis as the dominant microalgae in the first two lakes (Lugomela 
et al. 2006). In Lake Chivero in Zimbabwe, a concentration of 19.86 mg/L micro-
cystin LR was also found in 2003 (Ndebele and Magadza 2006).

Kotut et  al. (2006) collected samples from various water bodies across Kenya. 
Cyanobacteria were found in 12 out of more than 46 water bodies, mainly Microcystis 
and Anabaena in freshwaters, and Anabaena and Anabaenopsis in alkaline lakes. In 
Lake Victoria, Lake Baringo, Lake Bogoria and Lake Nakuru, 310–19,800 mg micro-
cystin LR equivalents and 270–1,260 mg anatoxin-a/g dry weight were determined. 
The extracellular microcystins and anatoxin-a were below 1 mg/L, compared to cal-
culated values from 0.1 to 3.3 mg microcystin-LR equivalents/L in water samples in 
Lake Baringo (Ballot et al. 2003; Kotut et al. 2006).

In Egypt, one of the northern Delta lakes, Lake Burullus, cyanobacteria consti-
tuted about 9.52% to 32.43% to the total phytoplankton count, generally 
Merismopedia, Anabaenopsis and Anabaena (Okbah and Hussein 2006). In a fish 
farm, the microcystins concentration in a fish species was estimated to be from 102 
ng/g to 821 ng/g fresh organ weight (Mohamed et al. 2003), and in the sediments 
of Nile River and irrigation canals, microcystins were also detected (Mohamed 
et al. 2007).

Cyanobacteria were the most abundant species in the 12 out of 13 stations stud-
ied, including the Dakar Bango reservoir and Lake Guiers in Senegal, covering for 
more than 50% (54–89%), among which Anabaena spp., Cylindrospermopsis raci-
borskii and Microcystis aeruginosa accounted for 35–62% of the total cyanobacte-
ria species (Mendoza-Vera et al. 2008).

In Algeria, the dominated cyanobacteria communities were found to be of the 
genera Microcystis in Lake Oubeira. The concentration of microcystins was as high 
as 29,163 mg microcystin LR equivalents/L, and 4,590 mg microcystin LR 
equivalents/g dried weight in August 2001 (Nasri et al. 2004, 2008).

El Herry et  al. (2008) studied the occurrence of two dominant cyanobacterial 
species in Lebna Dam, Tunisia. They found concentrations at 9 m depth of the dam 
to be between 0.005 and 5.57 mg total microcystin LR (particulate and dissolved) 
equivalents/L, compared with that at the surface between 0.008 and 1.73. The high-
est microcystin concentration in mass was 3.23 mg microcystin LR equivalents/g 
dried cyanobacterial sample material (El Herry et al. 2008).

Table 6.1 summarizes the main cyanobacteria species, the cyanotoxins identified 
and the location of the reported occurrence.
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6.7 � Conclusions

A worldwide increase in the occurrence and duration of cyanobacterial harmful 
algal blooms in natural and artificial water bodies is evident. Cyano-HABs have 
occurred in North America, Europe, Australia, Asia, the Middle East and South 
America. The dominant cyanobacterial genera found in most of these regions 
includes Microcystis, Cylindrospermopsis, Anabaena, Aphanizomenon, Lyngbya 
and Planktothrix. The most frequently detected cyanotoxins are microcystins, 
cylindrospermopsin, anatoxin-a and saxitoxins. The concentration of microcystins, 
cylindrospermopsin, and saxitoxins in many cases, has exceeded provisional guide-
lines for recreational and drinking waters. Since occurrence of high levels of cyano-
toxins is a direct threat to human, animal and environmental health, cyanobacteria 
and cyanotoxins monitoring programs needed be implemented. Future research 
needs include improvement of analytical methods for in-situ detection of cyanobac-
teria and their toxins, the creation of predictive models for Cyano-HABs formation 
and the creation of monitoring programs on the environmental fate and transport of 
the toxins in recreational and drinking water sources.
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Abstract  The present chapter focuses on the identification of sources and fluxes of 
xenobiotic compounds in marine sediments to set strategies for minimizing impacts 
on the human life and environment. It is generally accepted that sediments consti-
tute a sink for the more hydrophobic compounds, posing an unacceptable risk to 
aquatic biota, in which these compounds can bioaccumulate, and to human health 
through the ingestion of contaminated fish and shellfish.

Information is provided on the organic xenobiotics most frequently occurring in 
marine sediments, namely, polycyclic aromatic hydrocarbons (PAHs), surfactants, 
halogenated compounds, organotin compounds and pharmaceuticals. The develop-
ment and optimization of analytical methods for the determination of those priority 
substances in marine sediments are discussed. Substantial improvements have been 
achieved in analysis performance towards optimal resolution of analytes, for 
example detection limits, and clean-up of environmental samples to detect low-
level xenobiotics in complex mixtures such as the marine sediments.

Thus, this chapter aims at identifying the main challenges related to organic 
xenobiotics in marine sediments, underlying also existing gaps in legislation.
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7.1 � Introduction

Harbour and coastal sediments can be polluted by a wide range of xenobiotics. In 
harbours, where exchange of water with the open sea is limited, accumulation of 
toxic substances can be particularly significant and raises major concerns for 
human health, especially when leisure shores are located nearby. The priority sub-
stances of the Water Framework Directive 2000/60/EC, such as polycyclic aromatic 
hydrocarbons, organotins and nonylphenol, are characterized by high toxicity, high 
environmental persistence and high lipophilicity, leading to bioaccumulation in 
food webs (IARC 1983). They can occur as mixtures, having combined adverse 
effects, which are yet largely unknown.

Xenobiotics can reach the environment by different routes up to their final destina-
tion in sediments (Jartun et  al. 2009; la Farré et  al. 2007). The physico-chemical 
properties of the contaminants, for example water solubility or vapour pressure and 
polarity, contribute to determine their distribution in the environment. Xenobiotics 
can be subjected to both biotic and abiotic transformation processes in the environ-
ment giving derivatives that can be more persistent and more toxic than the parent 
compounds (la Farré et al. 2007). Under the anaerobic or hypoxic conditions nor-
mally present in the sub-surface layers of harbour sediments, these compounds are 
expected to undergo low photodecomposition and biodegradation. Therefore, sedi-
ments can act as secondary contamination sources posing a long-term hazard to the 
environment (Lee et al. 2001). All benthic organisms are potentially exposed to them. 
Any exposure to sediment laden with xenobiotics may cause adverse effects at lower 
trophic levels and/or lead to biomagnification and more serious adverse toxic effects 
at higher trophic levels (Merilainen and Okari 2008; US EPA 2004; Wernersson et al. 
2004). Moreover, remobilization of toxic pollutants, thus increase of their bioavail-
ability, can occur when polluted sediments are disturbed and dredged (Eggleton and 
Thomas 2004; Mäenpää et al. 2003; Water Framework Directive 2000).

Persistent Organic Pollutants (POPs) are an important component of the range of 
xenobiotics now ubiquitous in the global environment (Dórea 2008). The best 
examples of these chemicals are organic substances, such as monomethyl mercury 
(MMHg) and various halogenated pollutants: pp’-DDT (1,1,1-trichloro-2,2,bis 
(4-chlorophenyl) ethane), 1,1-dichloro-2,2-bis(p-chlorophenyl) ethylene (DDE), 
pp’-dichlorophenyldichlorodiene (DDD), hexachlorobenzene (HCB), hexachloro-
hexane (HCH), polychlorinated biphenyls (PCBs), organochlorine pesticides (OCP), 
polycyclic aromatic hydrocarbons (PAHs), polychlorinated dibenzofurans (PCDFs), 
dibenzo-p-dioxins (PCDDs), polybrominated diphenyl ethers (PBDEs), and other 
halogenated hydrocarbons. Persistent and volatile pollutants evaporate out of the soil 
in warmer countries, typically under-developed countries, where they are still used 
and from mid- and low-latitudes reach the Arctic regions through a process known 
as global distillation (Corsolini 2009; Curtosi et al. 2007; Jartun et al. 2009).

POPs have a lower solubility in seawater than in freshwater and are environmen-
tally recalcitrant (Basheer et al. 2005). Owing to their high persistence, their hydro-
phobic nature and their low solubility in water, they readily bind to surface plankton 
and other organic particulates and readily undergo sedimentation (Bard 1999)
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Surfactants, drugs and organotin compounds are also released continuously into 
seawater through wastewater treatment plants as well as directly, or via surface 
runoff. Especially organotin compounds have accumulated into the sediments of 
harbours and marinas in global scale, due to their extended use during the last 
decades as antifouling agents. These compounds tend to adsorb on particulate mat-
ter and settle onto sediments and they also accumulate in marine organisms, raising 
concerns for the degradation of environmental quality (Bester et al. 2001; La Farré 
et al. 2007; Lara-Martin et al. 2008; Tolhurst et al. 2007).

Previous pollution management efforts have focused primarily on “end-of pipe” 
treatment methods. However, measures aimed at reducing the pollutant loadings at the 
sources should be taken into account in order to effectively avoid or minimize the poten-
tially adverse environmental impacts associated with pollutants and waste. Hence, an 
appropriate management plan should include source control as the very first step.

Because the human impact in terms of chemicals release into the environment can 
no longer be considered as a local event, the hope for the future is the application of 
REACH (Registration, Evaluation, Authorization of Chemical) that can lead to a 
more accurate evaluation of chemical-associated risks and toxicity, with the conse-
quent establishment of restrictions and a decreasing production of new chemicals 
(Corsolini 2009). The application of precautionary principle is urgently required. 
Therefore if an activity has the potential for causing harm, appropriate steps must be 
taken to prevent damaging consequences and any potential risk needs to be addressed 
even in the absence of the scientific certainty that problems will occur.

7.2 � Source, Transport and Properties of Main Xenobiotic 
Compounds Detected in Marine Sediments

7.2.1 � Polycyclic Aromatic Hydrocarbons (PAHs)

Environmental concerns about the presence of polycyclic aromatic hydrocarbons 
(PAHs) in sediments have often been expressed in the scientific literature 
(Cardellicchio et al. 2007; Curtosi et al. 2007; Men et al. 2009; Yim et al. 2007).

PAHs are released into the environment through natural and synthetic sources 
with emissions largely to the atmosphere. Among them, synthetic sources provide 
a much greater release volume than natural sources (Boonyatumanond et al. 2007; 
Curtosi et al. 2007). PAHs can enter surface waters through atmospheric deposition 
and from discharges of industrial effluents, municipal wastewater and improper 
disposal of used motor oil (Liu et al. 2007; Men et al. 2009). Hazardous waste sites 
such as abandoned wood-treatment plants (sources of creosote) and former manu-
factured gas sites (sources of coal tar) can also be a concentrated source of PAHs 
on a local scale (Boonyatumanond et al. 2006). The category of PAHs include a 
number of organic substances (about 100), which are divided according to the number 
of rings (³2) in their basic structural unit (ATDSR 1995). Table 7.1 reports the 16 
PAHs regulated by the US EPA as priority pollutants, whose mean concentrations 
in marine sediments are shown in Table 7.2.
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Table 7.2  The mean concentrations of most commonly detected xenobiotics in marine sediments

Xenobiotics Sample source Concentration (d.w.) Reference

Nonylphenol Marina sediments 0.01–0.153 mg kg−1 Bester et al. 2001
Sea sediments <0.01–0.055 mg kg−1 Bester et al. 2001
Estuary sediments 0.0004–1.08 mg kg−1 Jonkers et al. 2003
Harbour sediments 0.008–1.05 mg kg−1 Petrović et al. 2002

LAS Sea sediments 3.2–67.6 mg g−1 Lara-Martin et al. 2006
AEOs Sea sediments 1.6–9.9 mg g−1 Lara-Martin et al. 2006
AES Sea sediments 161–1,728 ng g−1 Lara-Martin et al. 2006
S29 PCBa Harbour sediments <3.40 mg kg−1 Kilemade et al. 2009
Dieldrin Sea sediments 60–107 ng g−1 Basheer et al. 2005
Aldrin Sea sediments 4–36 ng g−1 Basheer et al. 2005
Endrin Sea sediments 17–89 ng g−1 Basheer et al. 2005
SDDTs Sea sediments 0.38–1,417.08 ng g−1 Zhang et al. 2009
S23 Organochlorine 

pesticide (OCP)a

Harbour sediments <3.25 mg kg−1 Kilemade et al. 2009

S17 Brominated 
flame-retardants 
(BFRs)a

Harbour sediments <4.70 mg kg−1 Kilemade et al. 2009

S% Organotin (OT) Harbour sediments <12.50 mg kg−1 Kilemade et al. 2009
SPCB Harbour sediments 41–899 ng g−1 Sprovieri et al. 2007
Copper Harbour sediments 13.39–27 mg kg−1 Kilemade et al. 2009
Lead Harbour sediments 16.40–18.80 mg kg−1 Kilemade et al. 2009
Cadmium Harbour sediments <0.10 mg kg−1 Kilemade et al. 2009
Zinc Harbour sediments 99.10–105.30 mg kg−1 Kilemade et al. 2009
Naphthalene (NAP) Harbour sediments 37.7–43.99 ng g−1 Kilemade et al. 2009
Acenaphthylene 

(ACEL)
Harbour sediments Below detection limit Kilemade et al. 2009

Acenaphthene (ACE) Harbour sediments 4.73 ng g−1 Kilemade et al. 2009
Fluorene (FLU) Harbour sediments 7.27–12.19 ng g−1 Kilemade et al. 2009
Phenantrene (PHE) Harbour sediments 58.38–92.27 ng g−1 Kilemade et al. 2009
Antracene (ANT) Harbour sediments 12.32–14.78 ng g−1 Kilemade et al. 2009
Fluoranthene (FLUT) Harbour sediments 89.85–110.63 ng g−1 Kilemade et al. 2009
Pyrene (PYN) Harbour sediments 74.29–88.25 ng g−1 Kilemade et al. 2009
Benzo[a]anthracene 

(BAA)
Harbour sediments 41.67–50.57 ng g−1 Kilemade et al. 2009

Crisene Harbour sediments 43.47–46.97 ng g−1 Kilemade et al. 2009
Benzo[b]fluoranthene 

(BBFT)
Harbour sediments 107.1–119.71 ng g−1 Kilemade et al. 2009

Benzo[k]fluoranthene Harbour sediments 29.58–36.71 ng g−1 Kilemade et al. 2009
Benzo[a]pyrene Harbour sediments 42.01–45.53 ng g−1 Kilemade et al. 2009
Indeno[1,2,3-cd]

pyrene (INDE)
Harbour sediments 73.31–76.76 Kilemade et al. 2009

Benzo[g,h,i]perylene Harbour sediments 50.50–53.99 ng g−1 Kilemade et al. 2009
Dibenzo[a,h]

anthracene
Harbour sediments 8.72–9.90 ng g−1 Kilemade et al. 2009

SPAHs priority PAHs Harbour sediments 9–31774 ng g−1 Sprovieri et al. 2007
SPAHs priority PAHs Harbour sediments 924.40–1,000.7 ng g−1 Kilemade et al. 2009
a Classified as “probable (group 2A) or possible (group 2B)” human carcinogens (IARC 1983)
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The number and position of the rings as well as the number, position and nature 
of the atoms that can be present in the molecules affect the physical and chemical 
properties of PAHs, their environmental behaviour and their interactions with biota, 
water and sediments. Moreover, the compositional properties of PAHs can be used 
for source diagnosis and pollution control and management (Li et  al. 2001; Liu 
et al. 2007).

RAHs have high melting and boiling points and low water solubilities (IARC 
1983). Their solubility in water decreases, while correspondingly their boiling and 
melting point increases, with increasing molecular weight.

PAHs are widespread contaminants in the oceans. However, their concentrations 
in sediments of coastal embayments, estuaries and continental shelves are often 
much higher due to greater pressures of specific anthropogenic inputs (Liu et al. 
2007; Yim et al. 2007), suggesting a direct influence of these sources on the pollut-
ant distribution patterns (Sprovieri et al. 2007). In recent years, increasing attention 
has been paid to the environmental behaviour of PAHs in estuarine systems, as 
these areas act as transit zones in which contaminants are transported from rivers 
to oceans (Anyakora et al. 2005; Men et al. 2009).

Owing to the chemical composition of seawater, the occurrence of PAHs, which 
are hydrophobic compounds, will range at very low concentration levels (<1 
ng/L), in contrast to other aqueous matrices such as wastewater, river water and 
rainwater, where the corresponding values range, depending on the study area, 
from 1 ng/g to or greater than 100 ng/g per dry weight (Filipkowska et al. 2005). 
Vessels have a significant contribution by transporting these compounds in the 
marine environment. Due to their hydrophobic character, PAHs tend to adsorb onto 
the particulate matter resulting in their transport and accumulation in the sedi-
ments. The adsorption of PAHs occurs on the surface of organic and inorganic 
particles. PAHs are mainly adsorbed to the smallest soil particles but it was found 
that they are usually metabolized at much greater extent in soils dominated by 
larger particles and low content of clay and silt (Curtosi et al. 2007).The rate of 
adsorption is positively affected by the organic matter content in the particles. 
PAHs accumulation can be enhanced, especially in harbours, by scarce water 
renewal through contact with the open sea (Anyakora et  al. 2005; Bakker et  al. 
2000; N’Guessan et  al. 2004). The final fate of PAHs is generally sedimentary 
deposition, after transport in the water column, as reported for material collected 
in sediment traps (Zaghden et al. 2007). However, in situ factors as PAHs parti-
tioning between sorbed and aqueous phases, bioturbation and selective microbial 
degradation may affect the resultant PAHs composition and the absolute levels of 
PAHs congeners (Sprovieri et al. 2007; Yim et al. 2007). PAHs molecules adsorbed 
on the sediments can be subject to slow-rate biodegradation and transformation to 
other forms via the actions of benthic organisms. The half-life of fluoranthene in 
surface sediments ranges from few days to some years depending on the environ-
mental conditions. Degradation of compounds containing more than six rings has 
not been documented, while no evidence of degradation exists for PAHs in deep 
sediments (Neff 1979).
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7.2.2 � Persistent Organic Pollutants

Persistent Organic Pollutants (POPs) have triggered an increasing concern for several 
decade years all over the world. POPs have high toxicity, last for a long time in envi-
ronment, and may travel long distance far from their sources of usage, release and 
emission. Furthermore, they can accumulate in fatty tissues of living organism lead-
ing to undesirable effect linked to the occurrence of immunologic and teratogenic 
dysfunction, reproductive impairments and endocrine disruption (Boonyatumanond 
et al. 2007; Dórea 2008; Mäenpää et al. 2003; Zhang et al. 2009).

Eight kinds of pesticides (dieldrin, aldrin, endrin, chlordane, heptachlor, dichlo-
rodiphenyltrichloroethane [DDT], toxaphene and mirex), as well as two kinds of 
industrial chemicals (polychlorinated biphenyls [PCBs] and hexachlorobenzene 
[HCB]) and two kinds of byproducts (dibenzo-pdioxins and dibenzofurans (PCDD/
Fs) are listed as dirty dozen in Stockholm Convention (2001).

Because some of these substances are anti-androgenic or oestrogen agonists and 
can disrupt reproductive functions in wildlife, they are also recognized as ‘endo-
crine disruptors’ (European Workshop on the Impact of Endocrine Disrupters on 
Human Health and Wildlife 1996).

Polychlorinated biphenyls (PCBs) were detected in worldwide marine sediments 
investigated over the last 30 years (Boonyatumanond et al. 2007; Jartun et al. 2009; 
Sprovieri et al. 2007; Zhang et al. 2009). Basheer et al. (2005) surveyed Organic 
chlorine pesticides (OCPs) and PCBs concentrations in marine sediments from 
north-eastern and south-western regions of Singapore’s coasts. The low molecular 
weight PCBs that is mono- and dichloro congeners were present at relatively low 
concentrations in comparison to the high molecular weight congeners, which pre-
dominated in the marine sediments studied whereas HCB, Dieldrin and Endrin 
were more abundant OCPs. This finding might be related to the fact that the low 
molecular compounds are more readily volatilized in the atmosphere, whereas the 
higher molecular weight compounds can be expected to partition onto the particu-
late phase and undergo sedimentation. Li et al. (2001) propose that the high PCBs 
level in the sediment might be related to two main point sources, which are petro-
leum chemical factories and coal wharfs.

The presence of brominated flame-retardants (BFRs) in marine sediments was 
confirmed by the study of Kilemade et al. (2009), though the real concentrations 
could not be assured because of their closeness to instrumental detection limits. The 
mean concentrations of some halogenated compounds measured in marine sedi-
ments are shown in Table 7.2.

7.2.3 � Surfactants

Surfactants comprise a broad group of chemicals synthesized to exert tensioactive 
properties that make them useful for employment as a key ingredient of household 
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and industrial detergents, as well as in personal care products and pesticide 
formulations, among other applications (Lara-Martin et al. 2008). These compounds 
can be classified, according to their charge, into several types, where those of the 
anionic and non-ionic classes show the highest volumes of production. According 
to the data reported by CESIO (Comité Européen des Agents de Surface et de leurs 
Intermediaries Organiques), 998 kt of anionics and 1,231 kt of non-ionics were 
manufactured during the year 2000 in the EU, these together account for about 90% 
of the total production of synthetic surfactants.

Urban wastewater discharges and industrial activities are identified as the main 
sources for the four major synthetic surfactants, that is linear alkylbenzene sul-
fonates (LAS), alkyl ethoxysulfates (AES), nonylphenol ethoxylates (NPEOs) and 
alcohol ethoxylates (AEOs) and their metabolites in the sediments (Bester et  al. 
2001; Boonyatumanond et  al. 2007; John et  al. 2000; Lara-Martin et  al. 2006; 
Soares et al. 2008).

LAS are anionic surfactants with molecules containing a hydrophobic and a 
hydrophilic group. They are used in the form of commercial mixtures consisting of 
isomers and homologues of related compounds, differing in physicochemical prop-
erties. The commercial mixtures contain different alkyl chain lengths (C10–C13 or 
C14) and isomers differing in the phenyl ring positions (2–5 phenyl) (WHO 1996).

AES are primary sulfate esters manufactured from the corresponding alcohol 
ethoxylates, and their structure is shown below:

R
2
 – H;R

1
= C

10 - 14
;n = 1 – 4

Longer alkyl or ethoxylate chains can also occur (CETOX 2000).
AEOs are nonionic surfactants and their molecules consist of a hydrophobic 

alkyl chain (fatty alcohol), combined ethoxylate or ethylene oxide units via an ether 
linkage. Representative structures are given below (CETOX 2000):
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 branched primary AE, EO7:
Nonylphenol is a hydrophobic compound consisting of a phenol ring and a nine-

carbon branched chain on the para-position, with a log K
ow

 value of 4.48 and low 
solubility in water (John et al. 2000). While there are just few applications of the 
nonylphenols themselves, nonylphenol ethoxylates, which are the main source of 
nonylphenol to the environment, are used as industrial detergents in metal, textile 
and leather processing (Bester et al. 2001; Soares et al. 2008).

An investigation into the adsorption processes controlling the partitioning of 
nonylphenol ethoxylates to sediments demonstrated that the organic content of the 
sediments was one of the important determinants in the adsorption process, especially 
for the shorter chained nonylphenol ethoxylates that indicates the importance of 
their hydrophobic interactions (John et al. 2000). Further studies in sediments free 
of organic matter adsorption indicated that not only organic content is relevant for 
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nonylphenol, but that there are multiple interactions to be accounted for. Therefore 
it is evident that nonylphenol adsorption is controlled by two major interactions: 
hydrophilic interaction with mineral components and hydrophobic interaction with 
the organic matter (John et al. 2000; Lara-Martin 2006; Soares et al. 2008).

Shang et  al. (1999) estimated that the degradation half-life of nonylphenolic 
compounds is greater than 60 years once they enter the sediments.

7.2.4 � Organotin Compounds

Leaching of biocides such as tributyltin (TBT) and triphenyltin (TPT) from boats 
and ships coated with antifouling paints result in ‘hot-spots’ of biocide contamina-
tion around marinas (Biselli et al. 2000; Tolhurst et al. 2007). Once paint particles 
become interspersed with bottom sediments they provide a potential long-term sink 
for the biocides they contain. In 2003, the Marine Environmental Protection 
Committee (MEPC) recommended a world-wide recommendation ban on TBT 
because of its potential environmental impacts. Despite the bans organotins are still 
present in seawater, bottom sediments and biota in large quantities (Maguire and 
Batchelor 2005).

A recent study has shown, as in inter-tidal and sub-tidal sediment deposits in the 
vicinity of boating activities, that metals may progressively leach into organic-rich 
interstitial waters. During disturbance or dredging of the bed sediment that is con-
taminated by boat paint, leaching into the overlying water column is constrained by 
shorter timescales but this could amount to considerable aqueous concentration 
(Singh et  al. 2009). The mean concentrations of some organotin compounds in 
marine sediments are shown in Table 7.2.

7.2.5 � Pharmaceuticals

Even though several publications compile occurrence data of drug residues in 
aquatic ecosystems, relatively scarce reports are available regarding their occur-
rence in marine sediments. More than 100,000 different chemical substances are 
recorded in the European Union, of which 30,000 products are marketed in amounts 
above 1 t. Drugs often have similar physico-chemical behaviour as other harmful 
xenobiotics that are accumulated or induce adverse effects in terrestrial or aquatic 
organism (Petrović et al. 2001).

Most of the drug residues data found in literature dealing with sediments con-
cern the occurrence of oestrogens and antibiotics (Hernando et al. 2006). Given the 
relatively low polarity, in particular for oestrogens with K

ow
 (2.5–5), sorption to 

sediments appears quite likely to be a cumulative process (Beausse 2004).
However, the log K

ow
 is not sufficient for the assessment of the sorption and dis-

tribution behaviour of antibiotics. Contrary to what would be expected from log K
ow

, 
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Kummerer (2009) found that ciprofloxacin sorbs well onto sediments. Laboratory 
experiments carried out on the behaviour of oestrogens in the aquatic environment 
predict that bed sediments act as environmental reservoirs from where both oestro-
gens and progestogens (compounds also used in birth-control pills) can eventually 
become bioavailable especially in anaerobic conditions (Lai et al. 2000).

7.3 � Legislative Aspects

Nowadays, legislation on marine sediments is still a complex matter. No European 
legislation exists on management of contaminated sediments such as those coming 
up from dredging activities. However, during the last years, several Directives on 
different environmental issues regarding marine environment protection have been 
established. Since 2000, the EU Water Framework Directive (WFD 2000/60) is the 
main tool to tackle the sources of sediment contamination. The quality norms were 
set for 33 chemicals including polycyclic aromatic hydrocarbons, pentachlorophe-
nol and nonylphenol, which were specified as slowly degrading, having a potential 
to accumulate in sediments and being toxic. The Directive does not specifically 
address sediment management, but it offers the opportunity to improve our knowl-
edge about the relation between sediment quality and water quality assuming that 
sediments and ecological status of water bodies are interconnected.

The lack of existing data is one reason that the quality norms are not established 
to sediments, thus there is a need to develop analytical techniques and toxicity testing. 
The most widely applicable international regulatory instrument on the prevention 
of Marine Pollution by Dredging of Wastes and Other Matter is the London 
Convention 1972 (LC-72), which has been in force since 1975. In 1996, the 
‘London Protocol’ was agreed and entered into force in March 2006 (http://www.
Londonconvention.org/). Under this Protocol, all dumping is prohibited, except for 
possibly acceptable wastes on the so called ‘reverse list’. Other Conventions on 
regional scale are the Oslo and Paris Convention (1992) (http://www.ospar.org/), 
the Helsinki Convention (1974), the Barcelona Convention (1976) and MARPOL 
73/78. Most of these conventions propose methods based on a ‘weight of evidence’ 
(WOE) approach. At the beginning, a simple screening is made followed by pro-
gressing in more detailed assessments. Initial assessment considers factors related 
to the dredged material such as the particle-size characteristics of the material, local 
and historic information, and the anthropogenic activities taking place. If appropriate 
information cannot be obtained in order to undertake the proposed management, 
then chemical characterization is required. In some countries, this is done in paral-
lel with biological screening tests. National Authorities should take into consider-
ation the specifications given in ‘Guidelines for the assessment of Wastes or Other 
Matter Considered for Dumping’, as adopted in 1997 by the 19th Consultative 
Meeting of Contracting Parties to the London Convention 1972, as well as ‘Specific 
Guidelines for the Assessment of Dredged Material”’. Management design should 
match with London Convention 1972 as well as the 1996 Protocol, where in the 
latter, in Annex 2, emphasis is given to reduce the use of sea as site dumping.

http://www.Londonconvention.org
http://www.Londonconvention.org
http://www.ospar.org
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The establishment of guidelines is not an easy task as many factors play a crucial 
role towards effects; moreover, the approach of studies should follow many steps, 
both encompassing chemical analyses and toxicity testing. However, the manage-
ment of dredged material is an ‘end of pipe’ solution. It is urgently required to shift 
from dredged material management to sediment management (Vellinga 2004).

Europe has a problem of historical contamination of sediments in all developed 
areas; hence the sediment issue will appear more prominent on the agenda of the 
Water Framework Directive.

7.4 � Analytical Determination of Main Xenobiotics in Marine 
Sediments

Towards the revision of existing legislation as well as of the establishment of regu-
latory limits for xenobiotic compounds in the marine environment, more informa-
tion on contaminant levels in sediment samples is required. This information can 
be obtained through application of sensitive analytical methods that can provide 
accurate results, taking into account the low levels of xenobiotics in complex matri-
ces containing a large number of organic compounds, such as marine sediments. 
Therefore, the optimization of current methods, as well as the development of new 
methods with lower detection limits and better sensitivity is very important.

The domain of xenobiotics extraction from sediments has shown a remarkable 
progress, starting from the initially used Soxhlet extraction (Kennicutt et al. 1992; 
Schlautman and Morgan 1993) and proceeding to applications of ultrasonic extrac-
tion, microwave dissolution, pressurized liquid extraction (PLE) and supercritical 
fluid extraction (SFE), in order to reduce the volume of harmful solvents used as 
well as the time required for analysis (Berset et al. 1999; Hawthorne et al. 2000; 
Hubert et al. 2000; Richter 2000; Richter et al. 1997; Wennrich et al. 2000; Wong 
and Wang 2001). Solid phase microextraction (SPME) techniques have also gained 
interest for sediment samples. Pino et al. (2003) combined a micellar microwave-
assisted extraction technique with SPME (micellar solid-phase microextraction, 
MSPME) to determine PAHs in a certified marine sediment. Further information on 
analytical methods and their sensitivity can be found in the recent reviews on ana-
lytical methods for the determination of PAHs in marine sediments (Nikolaou et al. 
2009) and for the determination of drugs and metabolites in aqueous matrices 
(Kostopoulou and Nikolaou 2008).

Cleanup techniques have been introduced in order to improve the quality of the 
extract to be analyzed (removal of interferences), and therefore to enhance the sen-
sitivity of the analytical methods. Solid phase extraction (SPE), high performance 
liquid chromatography (HPLC) cleanup, and column chromatography have been 
utilized for this purpose, using a variety of adsorbents (e.g. acid and base modified 
silica gel, alumina and florisil). The disadvantage of application of such techniques 
was the increase of analysis time and effort, which led to studies on the combina-
tion of extraction and cleanup procedures with automated sample handling devices 
(Kim et  al. 2003). Advances in analytical instrumentation available during the 
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recent years, and capable of detection of xenobiotics in trace concentrations in 
environmental samples, include increase in the chromatographic resolution of Gas 
Chromatography (GC) and Liquid Chromatography (LC) columns, increase of the 
detection sensitivity and specificity by application of advances Mass Spectrometry 
(MS) techniques, and introduction of tandem MS techniques, in combination either 
with GC or with LC, which is utilized to identify not only the initial xenobiotics, 
but also many of their metabolites and transformation products (Diaz-Cruz et al. 
2008; Feldmann et al. 2008; Focazio et al. 2008; Gomez et al. 2007; Kosjek et al. 
2007; Perez and Barcelo 2007; Zuccato et al. 2008; Zuehlke et al. 2007). Detailed 
information on the recent advances of analytical instrumentation especially during 
the determination of drugs in environmental samples can be found in the review by 
Fatta et al. (2007).

However, many analytical problems, issues to clarify and optimizations to per-
form still remain, as the number of xenobiotics detected in the marine environment 
is increasing, and the metabolites and transformation products as well as their 
health effects are largely unknown. In this context, there are two directions towards 
which the analytical research needs to be addressed: (a) the increase of accuracy 
and sensitivity of analytical methods for the already known and analyzed xenobiot-
ics, and (b) development of new analytical methods or optimization of existing 
methods in order to be able to accurately detect metabolites and transformation 
products of xenobiotics, especially in the complex marine sediments substrates. 
Both tasks need to be addressed in such way that cost, efforts, analysis time and 
harmful agents used are minimized, while the number of compounds that can be 
analyzed in a single run is maximized. Achieving a balance among these require-
ments is a great challenge for analytical researchers and will be very useful towards 
investigation and protection of the marine environment in global scale.

7.5 � Strategies for Minimizing Risk

The knowledge of sources and possible transport pathways in aquatic sediments is 
the first step for an effective pollution control (Li et al. 2001). The proper sewage 
management is the key for safeguarding sensitive coastal areas being the receivers 
of the treated wastewater effluents. However, in many cases, the efficiency of the 
existing wastewater treatment systems is insufficient or even unknown for specific 
pollutants which can be critical for the aquatic life (e.g. endocrine disrupting sub-
stances). There is a need for the development of monitoring programs and analytical 
methods for such substances and their transformation products in marine ecosystems 
in order to optimize the sewage treatment systems in a way to minimize their release. 
Moreover, the development of quality indicators for the coastal waters would allow 
the evaluation of their status and help towards their management and application of 
the appropriate measures for their protection and restoration. Although no relevant 
regulation has yet been established, monitoring xenobiotics in sediments can provide 
information for assessing the potential toxic effects of these compounds as well as 
for the support of decision making from management authorities.
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Even though chemical analyses are able to measure many of these compounds 
qualitatively and quantitatively, complex mixtures of these chemical pollutants cannot 
be fully assessed in terms of environmental impact, because of potential synergistic/
antagonistic effects of complex mixtures. Therefore, the utilization of biomarkers or 
indicators to evaluate biological responses to pollutants must be increased.

7.6 � Conclusions and Outlook

Harbour and coastal sediments behave as a sink of many xenobiotics, which are 
released into the environment as a consequence of increasing industrial activities. 
During the recent years, significant research has been devoted to the optimization 
of treatment methods with and ‘end-of pipe’ approach. On the other hand, the pre-
cautionary approach has too often been ignored by short-sighted strategies or by 
specific financial interests that are in conflict with long-term environmental protec-
tion and sustainability. In the light of the application of the precaution principle, 
further studies, also in the framework of REACH, should include the monitoring of 
old and new chemicals in marine sediments and the estimation of their toxicity.
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Abstract  Sewage sludge contains a plethora of organic pollutants. In the present 
chapter, the experiences with respect to the applicability of sewage sludge as a 
matrix for the monitoring of persistent lipophilic contaminants released from the 
anthroposphere are reported and discussed. Polycyclic aromatic hydrocarbons 
(PAHs), polychlorinated biphenyls (PCBs), organochlorine pesticides, phtha-
lates, UV filters, biocides, synthetic fragrances, polybrominated flame retardants 
(BFRs) and surfactants were analyzed in stabilized sewage sludge from more 
than 20 sites (wastewater treatment plants, catchment area) of a monitoring 
network in Switzerland. The specific loads (mg or g per connected inhabitant 
and year) in sewage sludge were used for characterizing the emissions of the 
compounds. A background contamination from private households was observed 
for all analyzed substances. Synthetic fragrances predominantly occurred in 
domestic wastewater. An important additional source for PAHs, PCBs, biocides 
and BFRs was runoff from impervious surfaces contaminated with substances 
originating from atmospheric deposition or leaching from treated materials. 
Industrial wastewater and mainly urban catchments were responsible for further 
loads. The specific loads observed complied with consumption patterns of the 
compounds obtained from the literature.
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8.1 � Introduction

Many pollutants which are released into the environment by human activities are found 
in wastewater. They enter the wastewater stream by direct release from private house-
holds and industry or by aerial deposition on impervious surfaces and subsequent 
runoff into the sewer system. At the wastewater treatment plants (WWTPs), persistent 
and lipophilic substances mainly sorb onto solids and are then transferred to sewage 
sludge. As a consequence, sewage sludge contains many important recalcitrant lipo-
philic compounds. It accumulates them over a period of several weeks to months. The 
utility of sewage sludge as a rapidly responding, valuable monitoring media has 
already been recognized (Oeberg et al. 2002; Hale et al. 2006; Ricklund et al. 2008). 
In order to describe the sources of pollutants and their distribution in the environment 
based on sewage sludge, the properties of the WWTP and its catchment must be 
known. Therefore, the project SEA (observation of the metabolism of the anthropo-
sphere) was launched in order to investigate this issue. Between 1997 and 1998, a 
network of some 30 monitoring sites (WWTP and the corresponding catchment) in 
Switzerland was set up (Fig. 8.1). This monitoring network comprises three types of 
sites. Sites of type A include a separate sewer system and a rural catchment without 
industrial activities apart from a few craft industries. The sewage sludge originating 
from these sites comprises almost exclusively compounds which are used in private 
households. Sites B exhibit the same characteristics as type A but the catchment has 
a combined sewer system and some more craft industries. Apart from compounds 

Fig. 8.1  Monitoring network of project SEA with monitoring sites A11-22, B11-26 and C1-12. 
Sites with bold letters were sampled within the studies presented in this chapter
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released by private households, these sludges include compounds contained in surface 
runoff. Sites of type C have a combined sewer system and an urban catchment includ-
ing industry and craft industry. Therefore, the sludge produced contains compounds 
of industrial origin besides substances originating from private households and surface 
runoff. Conclusively, this monitoring network can be used for the determination of 
the following main sources of lipophilic and persistent contaminants: private 
households (type A), surface runoff contaminated by atmospheric deposition or leach-
ings from outdoor exposed surfaces or facilities (type B), industry and craft industry 
(type C). For this purpose, information on these monitoring sites relevant for character-
izing the release of pollutants was collected, i.e. the technology of wastewater treat-
ment, the sewer system, the socio-economic structure of the communities connected 
to the WWTP and the activities of industry or craft industry in the catchment. 
Consequently, several groups of organic contaminants were analyzed in aerobically or 
anaerobically stabilized sewage sludge (Berset and Holzer 1999, 2001; Plagellat et al. 
2004, 2006; Kupper et al. 2004, 2008). The results were examined with respect to their 
applicability as an efficient and cost-effective tool for monitoring lipophilic, persistent 
organic pollutants. The specific issues and the aims of these studies were: (a) the deter-
mination of the specific loads of persistent organic pollutants in sewage sludge col-
lected in different types of monitoring sites and (b) the identification of the main 
sources of the contaminants. In the present chapter, the experiences with respect to 
these monitoring purposes are reported and the applicability of the monitoring net-
work for monitoring lipophilic persistent organic pollutants is discussed.

8.2 � Materials and Methods

8.2.1 � Compounds Analyzed

Within project SEA, a series of compounds was analyzed (Table 8.1).
Information on sources, applications, production volumes and ecotoxicological 

properties of the compounds analyzed can be obtained from Berset and Holzer 
(1999, 2001), Scott and Jones (2000), Plagellat et al. (2004, 2006) and Kupper et al. 
(2004, 2008).

8.2.2 � Sampling and Analytical Methods

Samples of aerobically or anaerobically stabilized sewage sludge were collected 
from the storage tanks at the WWTPs of this monitoring network. This procedure 
provided sampling material produced over several weeks to months. It replaces con-
tinuous sampling over the same period and is likely to be much less laborious and 
costly. Before sampling, the sludge in the storage tank was homogenized with a stir-
ring device. Samples were collected from the storage tank using a sampling bottle 
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with flexible bottom and lid at several points from the rim or the bridge of the storage 
tank. The bottle was brought to different depths in the sludge. Samples were obtained 
by closing the bottom and the lid of the bottle at the adequate position.  
Eight to fifteen aliquots of 2 L each were collected in a container. The composite 
sample was cautiously homogenized before transferring the sample into glass jars. 
All sampling devices were of aluminum and were carefully rinsed with tap water 
before use. During all operations, contact of the samples with plastic materials was 
strictly avoided. Sampling campaigns were carried out in 1998 for PAHs, PCBs, 
OCPs and phthalates. Samples for analyses of UV filters, biocides, PCMs were 
collected in 2001 and of BFRs in 2003. Repeated sampling for the study on surfactants 
was conducted in 2000, 2001 and 2004. The sampling campaigns were carried out 
in winter or spring when the storage tanks included sludge produced over a preferably 
longer time period (between 30 and 300 days). For UV filters, biocides, PCMs and 
BFRs, the sampling was repeated within the same year during summer.

Table 8.1  Compound classes and individual compounds analyzed

16 EPA priority polycyclic aromatic hydrocarbons (16 PAHs)
Naphthalene, acenaphthylene, acenaphthene, fluorene, phenanthrene, anthracene, fluoranthene, 

pyrene, benz[a]anthracene, chrysene, benzo[b]fluoranthene, benzo[k]fluoranthene, benzo[a]
pyrene, indeno[1,2,3-cd]pyrene, dibenz[a,h]anthracene, benzo[ghi]perylene

Polychlorinated biphenyls (PCBs)
Seven PCB congeners (IUPAC numbers 28, 52, 101, 118, 153, 138 and 180)
Organochlorine pesticides (OCPs)
Aldrin, p,p’-DDD, p,p‘-DDE, p,p’-DDT, dieldrin, a-endosulfan, endrin, b-HCH, g-HCH, 

heptachlor, heptachlor-epoxide, hexachlorobenzene
Phthalates
Dimethyl phthalate (DMP), di-ethyl phthalate, (DEP), diisobutyl phthalate (DIBP), dibutyl 

phthalate (DBP), bis(methoxyethyl) phthalate (DMoEP), bis(methylpentyl) phthalate 
(DMPP), bis(ethoxyethyl) phthalate (DEoEP), diamyl phthalate (DAP), dihexyl phthalate 
(DHP), butylbenzyl phthalate (BBP), hexyl-2-ethylhexyl phthalate (HEHP), bis(2-n-
butoxyethyl) phthalate (DBoEP), bis(2-ethylhexyl) phthalate (DEHP), dicyclohexyl phthalate 
(DCHP), di-n-octyl phthalate (DnOP), dinonyl phthalate (DNP)

UV filters
3-(4-methylbenzylidene) camphor (4-MBC), octyl-methoxycinnamate (OMC), octocrylene 

(OC), octyl-triazone (OT)
Biocides
Organic biocides: carbendazim, diuron, Irgarol 1051, octhilinone, permethrin; organotin 

biocides: tributyltin (TBT), triphenyltin (TPT)
Synthetic fragrances
Polycyclic musks (PCMs): galaxolide (HHCB), tonalide (AHTN), celestolide (ADBI), 

phantolide (AHDI), traseolide (ATII), HHCB-lactone (metabolite of HHCB)
Brominated flame retardants (BFRs)
Polybrominated diphenyl ethers (PBDEs): 13 PBDE congeners (IUPAC numbers 28, 47, 49, 66, 

85, 99, 100, 119, 138, 153, 154, 183, 209); hexabromocyclododecane (HBCD)
Surfactants
Metabolites of nonylphenol ethoxylates: nonylphenol (NP), nonylphenol monoethoxylate 

(NP1EO) and nonylphenol diethoxylate (NP2EO); linear alkylbenzene sulfonates (LAS):  
C

10
-LAS, C

11
-LAS, C

12
-LAS, C

13
-LAS
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Analytical methods and properties of the WWTPs are described in Berset and 
Holzer (1999, 2001), Wettstein (2004), Plagellat et  al. (2004, 2006) and Kupper 
et al. (2004, 2008).

8.2.3 � Determination of the Specific Loads

The release of a substance into the wastewater might be misinterpreted if concentra-
tions in sewage sludge are considered only. High loads of organic matter from food 
processing industry result in a high sludge production at the treatment plant for 
example. This might dilute the concentration of the analyte. The specific load in 
sewage sludge per inhabitant connected (capita) per year accounts for these effects 
and is thus a more reliable parameter. The specific load of a compound is defined 
as follows:

	 1
sp( ) ss( ) ssL C P capi i

-= ´ ´ 	 (8.1)

L
sp(i)

: load of substance i in sewage sludge per inhabitant connected per year (mg 
cap−1 year−1) (specific load)

C
ss(i)

: concentration of substance i in the dry matter (d.m.) of aerobically or 
anaerobically stabilized sewage sludge (mg kg d.m.−1)

P
ss
: amount of aerobically or anaerobically stabilized sewage sludge produced 

by the WWTP (kg d.m. year−1)
cap: number of inhabitants connected to the WWTP
The amount of produced stabilized sewage sludge provided by the personnel of 

the WWTPs was determined by recording the volume of aerobically or anaerobi-
cally stabilized sludge transported for use in agriculture or incineration and by the 
analysis of the dry matter (d.m.) content of each transported batch.

8.3 � Results and Discussion

8.3.1 � Concentrations of Organic Pollutants in Sewage Sludge

The concentrations of the analyzed organic pollutants in sewage sludge have 
already been reported in several papers (Berset and Holzer 1999, 2001; Plagellat 
et  al. 2004, 2006; Kupper et  al. 2004, 2008; Kupper 2008), and are only briefly 
summarized here. The mean content of PAHs (i.e. the sum of 16 PAHs; see 
Table 8.1) was 7160 mg kg d.m.−1. The three-ring PAHs such as phenanthrene or 
anthracene dominated over the other compounds reaching 40% of the total amount. 
The mean of PCBs (sum of seven congeners; see Table  8.1) was at 93.5 mg kg 
d.m.−1. The higher chlorinated congeners tended to exhibit higher contents com-
pared to the low molecular weight PCBs. HCB, g-HCH, aldrin, heptachlor-epoxide, 
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a-endosulfan, DDE, DDD and DDT were found in the majority of the samples with 
mean contents between 2.2 mg kg d.m.−1 (HCB) and 72.2 mg kg d.m.−1 (heptachlor-
epoxide). Dieldrin was detected in five, b-HCH in three, heptachlor in two and 
endrin in one sample. The concentrations were mostly in the low ppb range. 
Concentrations of phthalates ranged from 7.9 mg kg d.m.−1 (mean of DMP) to 51.2 
mg kg d.m.−1 (mean of DEHP). DIBP, DBP and DEHP were found in all samples. 
DMP, DEP, HEHP, DCHP, DnOP and DNP occurred less frequently (in two to eight 
out of 11 samples). DMoEP, DMPP, DEoEP, DAP, DHP, BBP and DBoEP were not 
detected. The mean contents of the UV filters 4-MBC, OC and OT as of the PCMs, 
HHCB, AHTN and HHCB-lactone were in the order of magnitude of 103 mg kg 
d.m.−1. The concentrations of OMC, the biocides carbendazim, diuron, permethrin, 
TBT and TPT as well as of the synthetic fragrances ADBI, AHDI, ATII, of PBDE 
and of HBCD reached approximately 10–100 mg kg d.m.−1. All these substances 
occurred in every sample analyzed except for TPT and Irgarol 1051 which were 
found in 11 and seven samples, respectively, out of 24 samples. Octhilinone was 
never detected which is probably due to the rapid elimination of this compound in 
the sewer or during wastewater treatment (Rafoth et al. 2007).

In 2004, mean values for the sum of the metabolites of nonylphenol ethoxylates 
(NP, NPnEO) were in the range of 40 mg kg d.m.−1 with NP as the most important 
compound. LAS showed concentrations of approximately 2,500 mg kg d.m.−1.

It is necessary to bear in mind that the first sampling campaign of 1998 generating 
results for PAHs, PCBs, OCPs and phthalates, was carried out in terms of a pilot study. 
Sampling material allowing for multiple analyses was provided in the second phase of 
the project (2001–2004) only. Thus, the results obtained for the compound classes are 
not implicitly comparable for all years, i.e. a shift might occur for compounds such as 
OCPs which were phased out and which exhibit a declining burden in the anthropo-
sphere and in the environment. However, it is assumed that a shift is limited within the 
time span of 6 years between the first and the last sampling campaign.

8.3.2 � Specific Loads of the Compounds and Determination  
of the Main Pollutants Sources

The specific loads of the sum of PAHs, PCBs, OCPs, phthalates, UV filters, organic 
and organotin biocides, PCMs, PBDEs, HBCD and surfactants in sewage sludge are 
shown in Table 8.2. LAS exhibit the highest specific loads ranging between 3.2 g cap−1 
year−1 (mean for sites of type A) and 87.2 g cap−1 year−1 (mean for sites of type C). This 
is most likely the consequence of the direct discharge into the wastewater after usage 
inducing the transfer of the major part of the emissions to the WWTPs. Specific loads 
of phthalates and NP, NPnEOs were between 0.2 g cap−1 year−1 (mean for type A) and 
1.4 g cap−1 year−1 (mean for type C). PAHs, UV filters and PCMs reached loads in the 
range from 52.5 to 763 mg cap−1 year−1 which is higher by one or two orders of mag-
nitude compared to the loads of PCBs, OCPs, biocides and BFRs.

The study on NP, NPnEO and LAS was repeated in 2000, 2001 and 2004. The 
mean specific loads of the 21 monitoring sites investigated are shown in Fig. 8.2. 
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Considering the large standard deviation, the contamination levels of sewage sludge 
do not show a trend. In 1986, the use of octyl- and nonylphenol ethoxylates for 
textile washing agents was banned in Switzerland which resulted in a strong 
decrease of the contents in sewage sludge and wastewater in the 1990s (Wettstein 
2004). Since then, little further reduction was achieved. For LAS, constant emissions 
are to be expected because the consumption remained unchanged or slightly 
increased since the 1990s according to data obtained from De Wolf and Feijtel 
(1998) and Jensen et al. (2007).

For all compound classes, a background level was observed at sites of type A 
which results from the direct input into the sewer system by domestic wastewater. 
This is due to direct inputs by usage of products (e.g. household and personal care 
products containing PCMs, UV filters, surfactants or biocides) or due to washing 
and cleaning activities during which dust contaminated with compounds such as 
BFRs, phthalates or surfactants (Rudel et  al. 2003) is collected and released to 
wastewater. As for BFRs, washing of textiles might contribute to the burden of 
some PBDEs congeners ending up in WWTPs (Anonymous, 2002). Apart from 
OCPs and PCMs, all compounds exhibited higher loads on sites of type B compared 
to sites of type A. For NP, NPnEOs and LAS, this can be explained by the  
wastewater treatment system. All WWTPs of type A are of an extended aeration  
type with a higher solids retention time of 20 days or more compared to 7–10 days 
of the activated sludge systems operating at the sites of type B and C. This results in 
a higher degradation of the surfactants during wastewater treatment. The other 
compounds enter the WWTPs to a significant extent indirectly through surface 
runoff which is likely to be responsible for the higher loads on sites of type B 
compared to sites of type A. These substances are emitted from the matrix in which 
they are incorporated by volatilization or by leaching. BFRs, for example, are cova-
lently bound in plastics from where they are released during the lifetime of the products.  
They reach impervious surfaces by atmospheric deposition or leaching from treated  

Fig.  8.2  Time series of surfactants (NP, NPnEO and LAS) in sewage sludge: mean specific 
load from 21 monitoring sites in g cap−1 year−1 (vertical bars: standard deviation) for 2000, 2001 
and 2004
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materials and are transferred with the surface runoff into the sewer system. Biocides 
which are included in film preservatives or in paints might leach from treated sur-
faces (mainly building envelopes, i.e. facades and roof sealing membranes) and end 
up in surface runoff as well. In the WWTP, the compounds investigated preferen-
tially partition onto solids and are incorporated in sewage sludge. In contrast to the 
compounds which are expected to originate mainly from aerial deposition OCPs do 
not exhibit additional loads on type B compared to type A. This observation could 
not be explained.

For compounds such as PCMs with emissions predominantly originating from 
direct inputs into domestic wastewater due to their usage in household and personal 
care products, the specific loads did not differ significantly at the different types of 
monitoring sites. Somewhat higher specific loads on sites of type C compared to 
sites B were observed for all compound classes (except for organic biocides). This 
can be explained by additional inputs which are induced by a higher extent of 
anthropogenic activities in the mainly urbanized catchments or due to discharges 
from the industry and craft industry (e.g. production of plastics commodities).

European consumption volumes of the compounds studied have been assessed 
in order to check the specific loads for plausibility (Table  8.3). For organic 
biocides and UV filters, the amounts were extrapolated from Swiss data since no 
figures for Europe were available from the literature. The compounds with the 
highest production volumes (surfactants, phthalates) exhibited the highest spe-
cific loads. Although both compound classes are degraded during wastewater and 
sludge treatment (Staples et al. 1997; Scott and Jones 2000), the high volumes 
outweighed the reduction of the loads in sewage sludge due to degradation. For 
substances such as UV filters, organic biocides, PCMs and BFRs which have 
comparable production volumes and preferentially partition onto solids in the 
WWTPs (Kupper et  al. 2006) due to their high octanol-water partition coeffi-
cients (log K

ow
 > 5 for most of the compounds) similar loads are expected. The 

discrepancies observed can be explained by their different emission pathways. 
UV filters and PCMs are incorporated in many products (e.g. personal care products) 

Table 8.3  Consumption volumes for phthalates, UV filters, organic and organotin biocides, PCMs, 
PBDEs, HBCD and surfactants for Europe in 1,000 t year−1

Consumption Europea

1,000 t year−1

Phthalates 1,000 Kollotzek et al. (1998)
UV filters 3b Plagellat et al. (2006)
Organic biocides 4.8b Bürgi et al. (2007)
Organotin biocides 1.3 Klingmüller and Watermann (2003)
PCMs 1.8 Kupper et al. (2004)
PBDEs 8.4 Kupper et al. (2008)
HBCD 9.5 Kupper et al. (2008)
NP, NPnEOs 73.5 Soares et al. (2008)
LAS 430 Jensen et al. (2007)
aFigures from Europe were used since Swiss data were available for some compound classes only
bFigure extrapolated from Swiss data
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which are directly discharged to the sewer after usage. For organic biocides and 
BFRs, indirect immissions are likely to dominate and therefore, only a part of the 
emitted amount ends up in WWTPs. For PCMs, the specific loads in sewage 
sludge coincide well with the consumption of the single compounds 
(HHCB>AHTN>>other PCMs; Kupper et  al. 2004). In contrast to PCMs, this 
could not be observed for UV filters. The substance with the highest usage volume 
(OMC) exhibited the lowest specific load since it is largely degraded in the 
WWTP (Kupper et al. 2006).

PCBs and OCPs were still detectable due to their persistence, although low specific 
loads were observed. The low contamination level is plausible due to the phase out 
of these compounds. Interestingly, specific loads for BFRs were in the same order 
of magnitude as the total of organochlorines. This might indicate that the contami-
nation of the anthroposphere and of the environment induced by these two 
compound classes has reached a similar level.

8.4 � Conclusions

The present study provides valuable information for monitoring the release of several 
classes of organic contaminants (PAHs, PCBs, OCPs, phthalates, UV filters, organic 
and organotin biocides, PCMs, PBDEs, HBCD and surfactants) on the basis of sewage 
sludge collected from a monitoring network. Although degradability and emission 
pathways of the monitored substances as well as the wastewater treatment technol-
ogy might influence the mass loads and thus hamper their conclusive interpretation, 
the results were consistent with production patterns of the compounds and the deter-
mination of the main sources. For surfactants, consistency between emissions trends 
over several years and assessed consumption volumes was obtained.

In conclusion, sewage sludge obtained from a monitoring network as outlined in this 
study represents an interesting matrix and allows for tracking important sources of 
lipophilic and persistent organic contaminants and for monitoring time trends of emis-
sions. It provides a valuable tool for controlling the efficiency of measures dedicated to 
regulate mass flows of pollutants and to prevent adverse effects for receiving waters.
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Abstract  Chlorinated organic compounds are the frequently detected xenobiotics  
in industrial effluents. They may enter surface water, groundwater and soil systems. 
Examples are presented on the level of these compounds in aquatic systems. The 
chapter then addresses the biological removal of these compounds by aerobic 
metabolism in which the substrate is used as an energy and carbon source. However, 
the major part of chlorinated organic compounds is resistant to metabolic removal. 
Yet, some can effectively be removed through aerobic co-metabolism in bioreme-
diation of polluted groundwater and soil and in wastewater treatment systems. In 
aerobic co-metabolic removal of these compounds different types of substrates can 
be used as primary growth-substrates such as phenol, toluene, propane, methane, 
ammonia and others which are extensively reviewed in this chapter. The basic 
features of natural and enhanced bioremediation are also outlined in the chapter. 
The aerobic co-metabolism is exploited mainly for bioremediation of chlorinated 
aliphatic compounds such as trichloroethylene (TCE) in groundwater and in some 
cases for chlorinated benzenes and phenols. Examples of field-, pilot- and labora-
tory studies are documented which deal with aerobic co-metabolic removal of 
chlorinated compounds.

9.1 � Introduction

Chlorinated aliphatic and aromatic hydrocarbons are used in various industries such 
as organic chemical manufacturing, pharmaceutical, metal finishing, PVC, rubber 
processing, paint and ink, electronics, and laundries and are released to the aquatic 

F. Çeçen (*) and Ö. Aktaş 
Boğaziçi University, Institute of Environmental Sciences, 34342 Bebek Istanbul, Turkey 
e-mail: cecenf@boun.edu.tr Phone: + 90 212 359 72 56, Fax: + 90 212 257 50 33, 

B.A. Kocamemi 
Department of Environmental Engineering, Marmara University, 34722 Göztepe,  
Istanbul, Turkey

Chapter 9
Metabolic and Co-metabolic Degradation  
of Industrially Important Chlorinated Organics 
Under Aerobic Conditions

Ferhan Çeçen, Bilge Alpaslan Kocamemi, and Özgür Aktaş

D. Fatta-Kassinos et al. (eds.), Xenobiotics in the Urban Water Cycle; Mass Flows, 
Environmental Process, Mitigation and Treatment Strategies, Environmental Pollution, Vol 16,
DOI 10.1007/978-90-481-3509-7_9, © Springer Science + Business Media B.V. 2010



162 F. Çeçen et al.

environment through industrial effluents, disposal by consumers, emissions from 
landfills, leakage from underground storage tanks and accidental spills. Significant 
concentrations of these pollutants have been detected in groundwaters, surface 
waters, drinking waters and industrial effluents. Table 9.1 lists a few examples of 
the detected levels of these contaminants in various media.

Due to their often carcinogenic and toxic potential and slow breakdown rates in 
the environment (ATSDR 2008), the removal of these compounds is of interest 
mainly in groundwater and soil remediation and in the treatment of municipal and 
hazardous landfill leachate, wastewater and drinking water. The aim of this chapter is 
to delineate the metabolic (direct) and co-metabolic removal of these compounds in 
aerobic biological systems and to present examples on bioremediation. Aerobic bio-
degradation often leads to full mineralization of these compounds although biotrans-
formation is also possible depending on the type of substrate and conditions.

Table  9.1  Detected levels of industrially important chlorinated organic compounds in the 
environment

Compound Detected levels/media References

CM 3.1–500 ppt/landfill leachate ATSDR (2008)
DCM 0–3,600 ppb/groundwater ATSDR (2008)

64–1,300 ppb/leachate Sabel and Clark (1984)
70–200,000 ppb/hazardous landfill leachate Sabel and Clark (1984)

CF 2.1–18,90 ppb/groundwater ATSDR (2008)
21,800 ppb /leachate

CT 1–720 ppb/groundwater ATSDR (2008)
1,1-DCA 310–56,100 ppb/groundwater ATSDR (2008)
1,2-DCA 300,000 ppb/groundwater Dyer et al. (2000)
1,1,1-TCA 0–11,000 ppb/groundwater ATSDR (2008)
1,1,2-TCA 700–1,800 ppb/groundwater

700–1,800 ppb/groundwater Kuo et al. (2000)
VC 22,000–100,000 ppb/groundwater ATSDR (2008)
1,1-DCE 94 ppb/groundwater ATSDR (2008)
TCE 44–180,000 ppb/groundwater

7,700 ppb/leachate ATSDR (2008)
PCE 0.2–23,000 ppb/groundwater ATSDR (2008)

590 ppb/leachate
PCBs 1,200 ppb/groundwater ATSDR (2008)
MCB 3,130–33,000 ppb/groundwater Wünsche et al. (1999)
1,2-DCB 20–180 ppb/groundwater Wünsche et al. (1999)
1,4-DCB 90–1,000 ppb/groundwater Wünsche et al. (1999)
TCB 40 ppb/groundwater Tiehm et al. (2000)
2,4 DCP 3.3 ppb/groundwater Wünsche et al. (1999)
TCP 9.2 ppb/groundwater Wünsche et al. (1999)
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9.2 � Metabolic Removal of Chlorinated Organics in Aerobic 
Systems

9.2.1 � Aliphatic Chlorinated Hydrocarbons

Among aliphatic chlorinated hydrocarbons (ALCH) the lower chlorinated meth-
anes having one or two chlorine atoms in the molecule, which include monochlo-
romethane (CM) and dichloromethane (DCM), are primary growth-substrates 
supplying carbon and energy while higher chlorinated methanes having three or 
more chlorine atoms in the structure, such as chloroform (CF) and carbon tetrachlo-
ride (CT), are not utilized as such under aerobic conditions. Also, the lower chlori-
nated ethanes, which include monochloroethane (CA), 1,1-dichloroethane 
(1,1-DCA) and 1,2-dichloroethane (1,2-DCA), can be utilized as primary growth-
substrates by aerobic bacteria. But, no aerobic biodegradation is yet known for the 
higher chlorinated ethanes, which include the trichloroethanes 1,1,1-TCA, 1,1,2-
TCA, various isomers of tetrachloroethane (TeCA), pentachloroethane (PCA), and 
hexachloroethane (HCA) (Field and Sierra-Alvarez 2004). Lower chlorinated 
ethenes, which include vinyl chloride (VC) and dichloroethene (DCE), can be uti-
lized under aerobic conditions while higher chlorinated ethenes, which include 
trichloroethylene (TCE) and tetrachloroethene (PCE), are not utilized as such 
(Bradley 2003; Field and Sierra-Alvarez 2004).

9.2.2 � Aromatic Chlorinated Hydrocarbons

Microorganisms have also the capability to use aromatic chlorinated hydrocarbons 
(ARCH) as sole carbon and energy sources under aerobic conditions. Several bac-
teria were reported that can use mono-, di- and tri-chlorinated benzenes as the only 
source of carbon and energy (Spain 1997; Chaundry and Chapalamadugu 1991). 
The highly chlorinated hexachlorobenzene (HCB) is aerobically non-biodegrad-
able. In contrast to that, the highest chlorinated phenol, which is pentachlorophenol 
(PCP) is aerobically mineralized because of the presence of a hydroxyl group in the 
molecule and seems to be better degradable aerobically than anaerobically (ICSS 
2006). Both the position and the number of chlorine atoms were shown to affect 
biodegradability. The dichlorobenzenes 1,2-DCB, 1,3-DCB and the trichloroben-
zene 1,2,4-TCB were degraded at significantly lower rates compared with mono-
chlorobenzene (MCB) and 1,4-DCB (Dermietzel and Vieth 2002).

Puhakka et  al. (1992) achieved degradation of high concentrations of various 
chlorophenols in anoxic and aerobic biofilm reactors with acclimated bacteria. 
However, only trace concentrations of chlorophenols were biodegraded in conven-
tional municipal sewage treatment plants (Ettala et al. 1992). One way of degradation 
of chlorinated aromatic compounds is via an initial oxygenation of the aromatic ring. 
Halogenated phenols are generally more resistant to aerobic degradation compared 
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with phenol (Fahmy et al. 1994) although some exceptional cases also exist; e.g. a 
chlorophenol-degrading strain could degrade 4-chlorophenol (4-CP) completely and 
much faster than phenol owing to different catabolic pathways (Unell et al. 2008).

The presence of one chlorinated compound can inhibit the biodegradation of 
another one. For example, Bae et al. (1995) found that although phenol was com-
pletely biodegraded, addition of dichlorophenol (DCP) and pentachlorophenol 
(PCP) resulted in incomplete biodegradation of multiple phenolic compounds. The 
long-term exposure of a mixed culture to chlorinated phenols resulted in a decrease 
in growth rates and increased substrate inhibition which was probably caused by a 
loss in bacterial species diversity.

Acclimation of mixed bacterial cultures to chlorophenols successfully increases 
their biodegradability. Aktaş (2006) showed that both phenol and 2-CP were biode-
graded much more readily with phenol-acclimated microorganisms rather than 
non-acclimated ones. In the study of Buitron et al. (1998) an acclimated activated 
sludge could degrade a mixture of chlorophenols by one or two orders of magnitude 
faster than pure strains obtained from the acclimated consortium. This indicates 
that more than one strain may be involved in biodegradation of chlorophenols.

Bioaugmentation or addition of microorganisms is generally effective for one 
target pollutant or a group of pollutants, but has been successfully applied only in 
few cases (Quan et  al. 2005). An activated sludge system bioaugmented with 2, 
4-DCP degrading special culture could degrade both 2,4-DCP and 4-CP. The study 
of Lewandowski and Varuntanya (1988) showed that the use of mixed cultures is 
more efficient than isolated pure cultures. Rarely can a single aerobic species 
totally mineralize chlorinated phenols (Şahinkaya and Dilek 2005).

9.3 � Co-metabolic Removal of Chlorinated Organics in Aerobic 
Systems

9.3.1 � Basic Mechanisms in Aerobic Co-metabolism

In recent years, specific organic chemicals have become of concern and the goal is 
often to reduce concentrations to the low microgram per litre level, or even lower. 
Lower limits can also be achieved by proper design of treatment systems that base 
on the principle of co-metabolism. (McCarty 2000). Co-metabolism is the biological 
transformation of a non-growth (co-metabolic) substrate by bacteria through 
enzymes which can only be induced in the presence of a growth-substrate providing 
energy for cell growth and maintenance.

Non-growth substrates have a similar structure to growth-substrates and can 
bind to enzymes and be transformed due to non-specific activity.The aerobic 
co-metabolic transformation of chlorinated organics (Fig. 9.1) is catalyzed by non-
specific oxygenase enzymes that use molecular oxygen as the electron acceptor 
and NAD(P)H as the reducing energy to oxidize both growth- and non-growth 
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substrates (Chang and Alvarez-Cohen 1995a, b). Any organism with an active 
mono- or di-oxygenase enzyme has the potential for co-metabolic transformation 
of chlorinated organic compounds (Ward et  al. 1997). Particularly, oxidative 
enzymes (e.g. oxygenases) responsible for the oxidation of phenols, ammonia and 
methane by various microorganisms have non-specific activities toward non-growth 
substrates (Kim and Hao 1999). However, some factors such as the inhibitory 
effects of the initial growth-substrate or co-metabolic substrate on the enzyme as 
well as the inhibitory effects of products and limitations in NAD(P)H generation 
may adversely affect the degradation (Alvarez-Cohen and Speitel 2001). As shown 
in Fig. 9.1, short-lived toxic intermediate products may cause damage on oxyge-
nase enzyme or cell.

In this case, co-metabolic oxidation of the non-growth substrate consumes the 
reductant NAD(P)H which is then not regenerated (Fig. 9.1). Thus, NAD(P)H, which  
is a potentially limiting reactant during co-metabolic reactions, must be provided 
by external or endogenous regenerants. The products of growth-substrate oxidation 
may undergo further degradation that regenerates NAD(P)H for additional substrate 
oxidations (Fig. 9.1). Therefore, it is essential that a growth-substrate is provided at 
least periodically for growth of new cells and induction of enzyme production 
(Alvarez-Cohen and Speitel 2001). Co-metabolic degradation occurring in the 
absence of external regenerants is referred to as the resting cells condition. In this 
case, the reducing energy can only be provided by endogenous energy sources or 
general biomass that often limits the co-metabolic degradation rate and leads to 
product toxicity (Chang and Alvarez-Cohen 1995b; Kim and Hao 1999). Competitive 
inhibition has often been observed between the growth- and co-metabolic sub-
strates. It may lower the co-metabolic degradation rates and vice versa (Chang and 
Alvarez-Cohen 1995b). However, as reported in a review, non-competitive inhibi-
tion is also possible for an ammonia monooxygenase (AMO) utilizing pure culture 
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Fig.  9.1  Typical oxygenase enzyme reactions for growth-substrate and co-metabolic (non-
growth) substrate (Chang and Alvarez-Cohen 1995b)
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degrading monohalogenated methanes, ethanes and chloropropane and for a 
propane-oxidizing mixed culture degrading TCE (Alvarez-Cohen and Speitel 2001).

9.3.2 � Aerobic Co-metabolism Using Phenol, Toluene, Propane 
and Other Organics As Primary Substrates

Co-metabolic degradation of various chlorinated organics by phenol, toluene or 
propane oxidizers is widely reported. For example, TCE was degraded by propane, 
toluene and phenol oxidizers whereas CF and 1,2-DCA were not degraded by tolu-
ene and phenol oxidizing bacteria (Chang and Alvarez-Cohen 1995a, b). 
Co-metabolic TCE degradation in the presence of toluene was also shown in other 
studies (Field and Sierra-Alvarez 2004; Yeager et al. 2004). In addition, VC and 
DCE and in one case PCE co-metabolism was demontrated when toluene was the 
primary substrate (Field and Sierra-Alvarez 2004).

Speitel and Segar (1995) studied the co-metabolic degradation of various chlo-
rinated aliphatics by a mixed culture of phenol degraders in biofilm reactors. PCE 
could not be degraded whereas the maximum specific degradation rate of others 
was as cis-1,2-DCE > TCE > 1,1-DCE > trans-1,2-DCE.

In co-metabolic transformation of chlorinated phenols, phenol serves as an ideal 
growth-substrate for phenol oxidizers to induce necessary enzymes due to its struc-
tural analogy. For example, biodegradation of 2-CP and 4-CP was successfully 
enhanced in the presence of phenol (Basu and Oleszkiewicz 1995; Li and Loh 
2005; Aktaş 2006; Farabegoli et  al. 2008). Although 2-CP was not biodegraded 
when used as the only carbon source (Aktaş and Çeçen 2007), in another study 
(Aktaş and Çeçen 2009) co-metabolic removal of 2-CP followed the metabolic 
removal of phenol as shown in Fig. 9.2. As in the case of ALCHs, aerobic transfor-
mation leads finally to the release of chloride from which the extent of dechlorina-
tion can be assessed.

Co-metabolic transformation of chlorophenols was enhanced in the presence of 
phenol as the primary substrate when pure and mixed cultures were acclimated 
(Chiavola et  al. 2004; Kim and Hao 1999; Loh and Wu 2006; De Los Cobos-
Vasconcelos et al. 2006). Particularly, mixtures of bacterial cultures showed better 
co-metabolic transformations than single strains (Salmeron-Alcocer et  al. 2007). 
The same type of behavior was also observed in the case of metabolic removal.

Easily biodegradable compounds such as glucose and dextrose can also serve as 
primary substrates in co-metabolism. 4-CP (Wang and Loh 1999), 2,4 DCP 
(Ziagova and Liakopoulou-Kyriakides 2007a) and 1,2-DCB (Ziagova and 
Liakopoulou-Kyriakides 2007b) were co-metabolically degraded in the presence of 
glucose. Another study demonstrated the aerobic co-metabolism of the chlorobenzoate 
(2-CBA) and the dichlorobenzoate (2,4-DCBA) by strains growing on glucose-
supplemented medium (Corbella et al. 2001).

Some chlorinated compounds themselves may act as a primary substrate for the 
co-metabolism of another chlorinated compound. For example, chlorobenzene 
served as a growth-substrate in aerobic co-metabolism of TCE (Kao and Prosser 1999). 
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Higher chlorobenzoates such as 3,4-DCBA were co-metabolized in the presence of 
a lower chlorinated one, 4-CBA (Adriaens and Focht 1991). Chlorophenols can 
also serve as growth-substrates for the co-metabolic degradation of another chloro-
phenol. For instance, 3,5-DCP was biodegraded in the presence of 3-CP whereas 
the trichlorophenol (3,4,5-TCP) and the tetrachlorophenol (2,3,5,6- TeCP) were 
degraded in the presence of PCP (Liu et al. 2006).

Polychlorinated biphenyls (PCBs) were shown to be degraded metabolically only 
under certain conditions by isolated pure cultures (Chaundry and Chapalamadugu 
1991; Ahmed and Focht 1973; Takase et al. 1986) and also co-metabolically (Kohler 
et  al. 1988) by biphenyl (Chaundry and Chapalamadugu 1991) and ethylbenzene 
degraders (Iwasaki et al. 2006). Monochlorobiphenyls can also be degraded only by 
co-metabolism under aerobic conditions. Also here the position of chlorine plays a 
role and as an exception 4-chlorobiphenyl may serve as a growth-substrate. Mono- 
and dichlorodioxins, furans and 2,4,8-dichlorodibenzofuran were also biodegraded 
only co-metabolically under aerobic conditions (ICSS 2006).

9.3.3 � Aerobic Co-metabolism Using Methane As Primary 
Substrate

Methanotrophs are aerobic micro-organisms using oxygen as the terminal electron 
acceptor, and require methane or methanol as carbon and energy source. Formation 
of chlorinated intermediates as a result of incomplete dechlorination was the case 
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for 1,1,1-TCA and 1,1-DCE whereas CT and PCE were not biodegraded at all 
(Oldenhius et al. 1989). In the study of Chang and Alvarez-Cohen (1995b) mea-
surement of TCE degradation by methane oxidizers in the presence of methane as 
a growth-substrate and excess NAD(P)H regenerant (formate) showed a decrease in 
TCE degradation as methane concentration increased, indicating the occurrence of 
competitive inhibition between methane and TCE.

Mixed or pure cultures of methane oxidizers did not degrade the perchlorinated 
aliphatics such as PCE and CT (Chang and Alvarez-Cohen 1996). Within similar 
carbon structure groups (methanes, ethanes and ethenes), the measured transforma-
tion capacities generally decreased with the extent of chlorination, whereas similar 
trends were not observed for degradation rates. A notable exception is 1,1-DCE, 
which exerted a much higher toxicity than the other dichloroethenes cis-1,2-DCE 
and trans-1,2-DCE. Another possible exception is VC, which exhibited a transfor-
mation capacity equivalent to those for cis-DCE and trans-DCE (Chang and 
Alvarez-Cohen 1996). In addition to aliphatics, methane oxidizers can also lead to 
co-metabolic degradation of chlorobenzene (Jechorek et al. 2003).

9.3.4 � Aerobic Co-metabolism using Ammonium as Primary 
Substrate

The majority of studies on ammonium oxidizers has been performed with pure 
Nitrosomonas europaea species and the primary focus was on TCE degradation. 
Arciero et al. (1989) demonstrated for the first time that ammonia oxidizing bacteria 
(Nitrosomonas europaea) catalyze the degradation of TCE. Ely et al. (1995, 1997), 
Hyman et al. (1995) and Rasche et al. (1991) also studied co-metabolic degradation 
of TCE by pure Nitrosomonas europaea species. Degradation of chlorinated organic 
compounds can also take place by the same organisms in the absence of ammonia, 
although the rates and extent are lower (Vannelli et al. 1990).

In the study of Alpaslan Kocamemi and Çeçen (2005) co-metabolic degradation 
of TCE was investigated in a batch system using a mixed culture enriched for nitri-
fiers. TCE inhibited ammonium removal (Fig. 9.3) and analysis showed that TCE 
was a competitive inhibitor (Alpaslan Kocamemi and Çeçen 2007a). The relative 
concentrations of ammonium and TCE were crucial and co-metabolic degradation 
rates generally increased with ammonium, which served as the electron donor 
(Alpaslan Kocamemi and Çeçen 2007a).

Alpaslan Kocamemi (2005) also investigated the co-metabolic degradability of 
1,2-DCA by nitrifiers in a suspended-growth culture. 1,2-DCA had mainly the mixed 
inhibitor characteristics. Further studies in a continuous-flow nitrifying biofilm reac-
tor showed that the same compound was degraded co-metabolically, but only partial 
mineralization was observed. 1,2-DCA had an inhibitory effect on ammonium oxida-
tion but not on nitrite oxidation. However, the inhibitory effect of this compound on 
ammonium oxidation was reversible (Alpaslan Kocamemi and Çeçen 2007b).
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Chlorinated organics may lead to temporary or full inactivation of ammonia 
oxidizers. Rasche et  al. (1991) investigated the co-metabolic degradation of 
different types of ALCHs. The first class included CT and PCE, which were not 
co-metabolized by Nitrosomonas europaea. These compounds did not degrade at 
all, but did also not inactivate the AMO enzyme or cause a toxic effect on cells. The 
second class of compounds included CM, CA and 1,2-DCA, which did not inacti-
vate oxygen uptake of cells to a great extent, but were co-substrates for the AMO 
enzyme. They were depleted by co-metabolism, but had minimal inactivation 
effects. The third class consisted of compounds DCM, CF, 1,1-DCA, 1,1,1-TCA, 
1,1-2-TCA, 1,1,2,2,-TeCA, VC, 1,1-DCE, cis-1,2-DCE, trans-1,2-DCE and TCE, 
which were co-substrates for AMO, as indicated by substrate depletion and chlo-
ride production, and produced a turnover-dependent inactivation.

Ely et  al. (1997) investigated the co-metabolism of several ALCHs and have 
shown that an increasing degree of chlorination lowered the transformation rates, 
especially for chlorinated alkanes. The alkenes showed higher affinity for the AMO 
enzyme than alkanes.

9.4 � Bioremediation of Chlorinated Organic Compounds

9.4.1 � Types of Bioremediation

Bioremediation is a general term used to describe the removal of pollutants by 
micro-organisms (e.g. yeasts, fungi, or bacteria) in contaminated soil, groundwater 
or other systems. After the release of chlorinated compounds into the subsurface, 
removal can occur through biological, physical and chemical processes that are 
known as natural attenuation. Biodegradation is the most important destructive 
natural attenuation mechanism. If the injection rates of the pollutants exceed their 
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Fig. 9.3  Inhibition of ammonium utilization rate by TCE in a batch suspended growth system 
containing an enriched nitrifier culture (Alpaslan Kocamemi and Çeçen 2007a)
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natural removal rates, pollutant removal will be inadequate. Therefore, at many 
polluted sites natural processes are enhanced today. This is termed as enhanced 
bioremediation. Major technologies to accelerate the natural processes involve the 
addition of microorganisms (bioaugmentation), nutrients, electron donors, or elec-
tron acceptors. Some examples are shown in Table 9.2.

9.4.2 � Mechanisms of Biological Removal in Natural and 
Enhanced Bioremediation

In groundwater, soil remediation and at landfill sites, bioremediation depends 
largely on hydro-chemical and geochemical conditions of the polluted site. The 
major biological mechanisms for dechlorination and biodegradation of chlorinated 
organics in groundwater, soil and landfill matrices are anaerobic reductive dechlo-
rination (direct and co-metabolic) and aerobic oxidation (direct and co-metabolic). 
The redox potential in the matrix provides an indication of the relative dominance 
of aerobic, anoxic and anaerobic micro-organisms and processes. The electron 
donors in the subsurface are native organic matter or contaminants. The principal 
electron acceptors or oxidizing agents in groundwater are oxygen, nitrate, sulfate, 
manganese (IV), iron (III) and CO

2
.

Direct anaerobic reductive dechlorination has often been observed in systems 
such as aquifers containing ALCHs (e.g. PCE and TCE). The chlorinated compound 
itself serves as the electron acceptor, and hydrogen serves as the direct electron 
donor (EPA 2000) which is supplied indirectly through fermentation of substrates 
such as fuel hydrocarbons, the compounds benzene, toluene, ethylbenzene, xylene 
abbreviated as BTEX, organic compounds in landfill leachate and natural organic 
matter. This energy-yielding reaction is referred to as halorespiration or dehalorespi-
ration. The second option is co-metabolic anaerobic reductive dechlorination in the 
presence of another growth-substrate. However, for ALCHs such as PCE anaerobic 
reductive dechlorination was often shown to lead to generation of daughter products 
such as VC having a higher toxicity than parent compounds. The main advantage of 
aerobic co-metabolism is that usually toxic products are not generated.

At many sites, the anaerobic transformation of PCE and TCE often stops at the 
intermediate product cis-1,2-DCE. Then, aerobic co-metabolism may play an impor-
tant role in the transformation of these intermediates into harmless products. Some 
regions of groundwater are characterized by low concentrations of native and/or 
anthropogenic carbon and by DO concentrations higher than 1.0 mg/L favoring the 
conditions for aerobic removal. However, in the aerobic zones of the subsurface, 
only the less chlorinated ALCHs can be directly used by micro-organisms as elec-
tron donors. Groundwaters are largely polluted by TCE which can undergo 
co-metabolic removal only under aerobic conditions. Besides TCE other ALCHs 
such as DCE, VC, TCA, DCA, CF, and DCM have been observed to be oxidized 
co-metabolically under aerobic conditions as shown in detail in a report (EPA 2000).

In enhanced bioremediation the addition of electron donors, electron acceptors, 
or nutrients can help to provide the proper conditions for removal. If co-metabolic 
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