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PREFACE 

The discipline of surface and colloid chemistIy has experienced a considerable 
resurgence since the early sixties. This perhaps reflects a growing realisation of the wide 
applicability of modern colloid and surface theory to many important industrial, medical and 
environmental problems. This increased activity has resulted in a very complex and at times 
even confusing area of science being consolidated within a firm theoretical framework. 

The clearer insights gained into the underlying principles have no doubt acted in an 
autocatalytic manner to stimulate further interest in an expanding range of applications. A 
good example in the area of environmental chemistry has been the realization of the 
important role played by colloidal material and surface interactions in natural 
biogeochemical processes that has been the subject of increasing attention over the last few 
decades. This is well illustrated by the numerous studies carried out to elucidate the 
speciation, toxicity, transport and fate of pollutants in aquatic systems. In the vast majority 
of cases these have clearly implicated some involvement of an aSSOciation between the 
pollutant (e.g. trace metal, toxic organic compound or nutrient) and a colloidal component 
(e.g. particle, humic substance, foam). In order to understand these interactions fully and 
their effect on pollutant mobility it is important to develop a full appreciation of the surface 
chemistry of these complex systems. 

Australian SCientists have long been prominent in the area of colloid and surface 
chemistry particularly dUring the latter half of this century. There now exists a strong 
network of academiC departments and research groups around this country as well as in New 
zealand and some of these have become involved in various aspects of aquatic collOid and 
surface chemistry. 

Although not intended to be a comprehensive treatise, the aim of this book is to 
review the important role of surface and collOid chemistry in natural aquatic systems and in 
water treatment processes. The idea for the book developed follOWing a two-day Symposium 
on the topic sponsored jointly by the Victorian Branch Physical Chemistry Group of the Royal 
Australian Chemical Institute and the Water Studies Centre, Department of Chemistry and 
Biology, Chisholm Institute of Technology, which was held in Melbourne on 16-17th June 
1987. The volume gathers together chapters dealing with areas in which there have been 
significant advances in knowledge over the past few years. Each is written by a SCientist 
from Australia or New zealand who is actively involved in research into that particular field. 

Some up to date reviews are included on topics of current interest such as humic 
substances, aquatic photochemistry, properties of natural microbes and water treatment 
processes. In addition the book contains some more detailed accounts of specific recent 
advances. Examples include the kinetics and mechanism of estuarine coagulation, transport 
of ground water radiocolloids, mechanism of water treatment processes involving magnetic 
particles and coagulation by iron salts, biological removal of phosphorous from wastewater 
and the effect of dam destratification on manganese speciation and behaviour. 

The task of editing this book has been greatly facilitated by the quality of the 
contributions from my coauthors and their cooperation in performing the various editorial 
tasks so efficiently. 
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Finally, I wish to acknowledge Ms Rosa Villani who is largely responsible for the 
layout of the book and whose assistance In its production has been Invaluable. 
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SECTION I 

PROCESSES IN NATURAL WATERS 



THE SURFACE CHEMISTRY OF HUMIC SUBSTANCES 

IN AQUATIC SYSTEMS 

Ronald Beckett 

Water Studies Centre 
Monash University 
Melbourne, Victoria 

INTRODUCTION 

The yellow, brown or red coloured organic substances that can be extracted from 
soils and sediments by alkaline solutions have long been recognised and studied (Achard, 
1786; Saussure, 1804) Their importance was probably frrst acknowledged by soil 
scientists in terms of their effect on soil condition (structure), retention of moisture and 
fertility and these workers carried out most of the early structure characterization 
(Stevenson, 1982). In more recent years water SCientists have recognised that similar 
compounds are present in almost all natural waters and that they also play an important 
role in many aquatic processes (Thurman, 1985; Aiken et al .. 1985). 

With the increased emphasis on environmental chemistry and also in the related 
discipline of fossil fuels, much research in the last decade or so has focussed on 
elucidating the structure of these ubiquitous humic substances. The fact that humic 
substances are not simple compounds. but rather complex mixtures. is reflected by the 
rather vague definitions found in the literature. Thus even in the excellent recent text by 
Thurman (1985), aquatic humic substances are defined simply as the "coloured. 
polyelectrolytic (organic) acids isolated from water by sorption onto (nonionic) XAD resins. 
weak-base anion exchange resins or a comparable procedure". Such a definition is more 
a statement of how we can operationally isolate these compounds using affmity column 
chromatography and does not indicate precisely "what" they are. Not only does their 
complexity hinder attempts at structure elUCidation. but it probably means that the suite 
of molecules comprising the humic substances from one source is somewhat different 
from those collected from another environment. 

Although commencing with a brief description of the nature of natural organiC 
matter this review will concentrate on outlining some of the many processes occurring in 
natural waters in which humic substances play an important role. As will be seen the 
majority of these are phenomena taking place at either the air/water or solid/water 
interfaces. HumiC substances playa dominant role in determining the collOid and 
surface properties of natural waters the importance of which will emerge in this and 
subsequent chapters of this book. 

THE ORIGIN AND NATURE OF HUMIC SUBSTANCES 

Dissolved organic matter (DOM) appears to be present in all natural waters. 
Thurman (1985) has reviewed the available literature on the levels of dissolved organic 
matter in different waters. The values found, usually expressed as dissolved organic 
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carbon (DOC), vary enonnously depending on the source of the water, geographic location 
and with season. River and lake waters can contain 1-60 mg/L of DOC although values 
between 2 and 10 mg/L are more typical. A combination of plant primary production and 
decomposition rates is usually the controlling factor in detennlnlng the DOC of a 
particular natural water. The levels of DOC In seawater, groundwater and rainwater is 
usually lower than In rivers and lakes and Is generally less than 1 mg/L. 

Usually between 40-90% of the total DOC In natural waters can be removed and 
Isolated by the popular nonlonlc resin (e.g. XAD) adsorption procedure (Leenheer, 1981). 
In the majority of rivers these humic substances account for more like 40-60% of the 
DOC with higher proportions (70-900Al) being found In highly coloured waters (Malcolm, 
1985). 

Humic substances can be subdivided Into two fractions: humic acids which 
precipitate below pH 2 and fulvic acids which are soluble even at low pH. In most non
coloured waters the fulvic acid is the major fraction, typically making up about 90% of 
the humic substance or 45% of the total DOC present. In highly coloured waters the 
humic acid fraction can represent a much higher proportion of the DOC (Malcolm, 1985). 

In general tenns humiC substances are yellow to brown In colour, and have 
elemental composition C = 45-55%, H = 4-5%, 0 = 35-40%, N = 1-2%, S and P < 1%. 
This suggests an unsaturated organic substance containing some conjugated 
chromophores with approximate average empirical fonnula C2H20. 

There has always been much conjecture concerning the exact molecular structure 
of humic substances. One view Is that they consist of a complex mixture containing an 
almost infmite number of different structures perhaps suggesting that even to seek a 
structure eluCidation is a futile task. Others venture to suggest specific structures or at 
least a typical molecule such as those depicted In Figure 1. 

In the past humic substances have been thought of as being highly aromatic (Figure 
la), somewhat analogous to coal extracts, although more recent evidence, coming mainly 
from 13C NMR studies (Wilson et al .. 1987), suggests that perhaps only 20-40% of the 
carbons In aquatic humics are aromatic (Malcolm, 1985). Indeed this change in view is 
reflected quite well by the suggested structures depicted in Figures la through Ie. In 
general fulvic acids are found to be more aliphatic than humic acids with soil humic 
substances being more aromatic, but marine humic substances less aromatic In 
character, than those extracted from fresh waters (Thunnan and Malcolm, 1983). 

Humic substances are highly substituted with oxygen containing functional groups 
and these are responsible for many of their dominant properties such as, their water 
solubility, acidity, metal complexlng capacity, surface activity and adsorption to particle 
surfaces. The major functional groups are carboxyl, phenol, hydroxyl, carbonyl. ether 
and ester and these are all represented In the structures In Figure 1. 

There has been considerable controversy concerning the molecular weight of humic 
substances with values from 500 - 200000 being quoted (Thunnan, 1985). This may 
reflect certain limitations of the methods currently available and also perhaps the fact 
that these molecules appear to be capable of aggregation depending on the solution 
conditions. 

The most reliable estimates are probably obtained from colligative properties, 
ultracentrifugation, low-angle X-ray scattering and flow field-flow fractionation. These 
techniques conSistently yield an average molecular weight for fulvic acids of 800-1500 
Dalton and for humic acids 1500-4000 Dalton (Beckett et aI.. 1987, 1989), which are 
somewhat lower than the values often quoted In the past. The molecular weight 
distributions of fulvlc acids are narrower than those for humic acids as reflected in the 
weight average to number average molecular weight ratio (Mw/Mn) of 1.5-2 for fulvic acid, 
but up to 6 for certain humic acid samples. The average molecular weight for humic 
acids depends on their origin and has been found to Increase in the order: stream < soil 
< peat bog < coal (Beckett et aI., 1987). 
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Figure 1. Structure of humic substances as proposed by various authors. 

The exact mechanism involved in the formation of humic substances is not 
known. although it certainly involves microbial degradation of plant organic matter (e.g. 
lignins. cellulose. and polypeptides). In addition polymerization. condensation and 
oxidation reactions may occur modifying these degradation products. Aquatic humic 
substances may be derived by leaching of terrestrial plant and soil organic matter or may 
be formed by bacterial action on phytoplankton. The observed difference between aquatic 
humic substances and soil humiC substances may be due to differential leaching of soil 
organic compounds. the inherent difference in the source of organic matter or may be due 
to ultraviolet radiation induced oxidation and polymerization that should have an 
increased opportunity of occurring in the organic enriched surface microlayer of natural 
waters (Harvey et al .. 1983). 
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HUMIC SUBSTANCES AT THE AIR/WATER INTERFACE 

Surface Activity 

Sunace activity is the pronounced tendency shown particularly by amphiphllic 
substances such as surfactants. to adsorb to air/water or solid/water interfaces. This 
phenomenon is promoted by molecules possessing distinct hydrophilic and hydrophobic 
portions. The opposing tendencies to dissolve in water can be accommodated by surface 
adsoption which in the case of the air/water interface is reflected by a decrease in the 
surface tension of the solution compared to that of pure water. The surface activity of 
some humic substances is demonstrated by the data given in Figure 2. The dashed curve 
shows the surface tension behaviour for a strong surfactant. sodium dodecylsulphate. 
This comparison indicates that the humiC substances should be regarded as possessing 
moderate (or in some cases perhaps even strong) surface activity. 

Lowering of the surface tension implies adsorption at the air/water interface as 
deSCribed by the Gibbs adsorption equation 

where 

r = .:£ lh mol m-2 
Rfdc 

r = surface excess concentration of solute (mol m-2) 
c = solution concentration of solute (mg/L or %) 
'Y = surface tension (N m-2) 
R = gas constant (8.314 J mol- l K-I) 
T = absolute temperature (Kelvin) 

(1) 

Thus from a plot of 'Y against c the surface excess concentration and thus the area 
occupied by a molecule at the air/water interface (in square Angstrom units) can be 
calculated at any given solution concentration 

A = .!Q. 20 A2 molecule-l 
rNo 

where No = Avogadro's number 
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Figure 2. Surface tension of some solutions of humic substances against 
concentration. The humic samples were extracted from marine 
sediments (Tokyo Bay humic and fulvic acid from Hayase and Tsubota. 
1983; Sagami-2 humiC acid from Hayano et al.. 1982) and a 
commercial humic acid obtained from Aldrich Co. Also plotted (dashed 
line) for comparison Is data for a typical anionic surfactant (sodium 
dodecylsulphate (SDS)). The minimum is due to impurities. 
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The minimum area occupied by a molecule in a close packed surface layer has been 
estimated using this approach, with values ranging from 30-100 A2 molecule- l being 
reported (Tschapek & Wasowski, 1976; Visser, 1982; Schnitzer, 1986)_ These values 
seem reasonable considering that the theoretical cross-sectional area of a -CH2- group is 
about 22 A2 and for the head group would be somewhat larger. These workers report 
that fulvic acids occupy a larger area per molecule than humic acids which could be due 
to increased steric or charge repulsion effects in the fulvic acids. 

Visser (1982) has extended these calculations to obtain an estimated 
length/diameter aspect ratio for the humic molecules. These data indicate that the 
molecular configuration at the interface is rod-like with the elongation increasing with 
molecular weight. Whilst this is useful structural information it must be remembered 
that the conformation may well be different for molecules in free solution. 

Using detailed viscosity measurements, Ghosh and Schnitzer (1980) deduced that 
under the solution conditions prevailing in waters and soils, humic substances behave 
like flexible linear collOids. However, they may coil up to give rigid spherocolloids at high 
solution concentration or in low pH and high ionic strength environments. 

Ghosh and Schnitzer (1980) have suggested a method for molecular weight 
determination based on surface pressure measurements obtained using a Langmuir 
trough. However, this approach seems dubious as the equations used should only be 
applied in the case of insoluble monolayer formation at the interface. 

Several trends in the surface activity of humic substances, as mOnitored by their 
effect on solution surface tenSion, have been noted by various authors. However, some of 
these do conflict. This may well be due, at least in part, to the pragmatic use of mass
based concentration (and other quantities), whereas a more revealing comparison could 
be obtained using molar quantities. The limitation here is the lack of reliable molecular 
weight data for the various humic samples investigated. 

A number of workers have found that surface activity increases with average 
molecular weight of the sample (Hayano et aI., 1982: Visser, 1982: Hayase and Tsubota, 
1983). Yonebayashi and Hattori (1987) demonstrated that the larger molecular weight 
fraction of soil humic acids (Le. the fraction virtually excluded in size exclusion 
chromatography) showed the greatest surface activity. 

Visser (1982) found that aquatic humic substances are more surface active than 
terrestrial samples. He also reported that at low concentrations (say < 5 mg/L) aquatic 
humic acids are more surface active than fulvic acids, whereas at higher concentrations 
(> 25 mg/L) a reversal of this trend occurs. This latter observation is conSistent with the 
data shown in Figure 2 for the Tokyo Bay marine sediroent fulvic and humic acids 
(Hayase and Tsubota, 1983). We have also found that fulvic acids extracted from soils 
are much more surface active than the humic acid fraction (Beckett and Hoff, 
unpublished results). 

Schnitzer (1986) reported that the surface tension of concentrated solutions (2-3%) 
of soil humic and fulvic acids decreased with increasing pH. In contrast, work in our 
laboratory (Beckett and Terrell, unpublished results) has shown that for Redwater Creek 
water concentrated to give a solution DOC of 400 mg/L, the surface tension decreased 
from about 70 mN mol to 62 mN mol as the pH was lowered from 9 to 3. Redwater Creek 
is a small highly coloured stream (situated in south western VictOria, Australia), with a 
natural DOC of about 25 mg/L. This latter trend indicates that, at least with this aquatic 
humic sample, as the pH is lowered and acidic functional groups are protonated, and the 
consequent increase in the hydrophobic nature of these groups provides the driving force 
causing an increase in the surface activity. Conversely with Schnitzer's soil humic 
substances presumably the major driving force is the existence of strongly hydrophilic 
groups which is promoted by hydrolysIs of acidic mOieties as the pH increases. 

The obvious break In the surface tension versus concentration curves (see Figure 2) 
that occurs for some humiC substances is suggestive of the micelle formation behaviour 

7 



found in strong surfactants (Yonebayashi and Hattori. 1987). However. the occurrence of 
a limiting minimum surface tension is not sufficient to prove that micelles are foxmed in 
solution as it may simply represent the solution concentration at which the surface 
becomes saturated with adsorbed molecules. In any case this critical aggregation 
concentration. if indeed that is what it represents. invariably occurs at concentrations far 
in excess of the bulk solution concentrations of humiC substances in natural waters. For 
example the break in the surface tension curves is typically found between 1-10 gIL. 
whereas natural levels of humics rarely exceed 0.1 gIL. However. concentrations high 
enough to promote aggregation may well exist in soil and sediment pore water and 
perhaps at the air/water surface microlayer. particularly in saline or low pH waters. 

Wershaw (1986) argues strongly for the existence of aggregation of humic 
substances in soil and sediment pore waters. These aggregates could be in the foxm of 
micelles. membrane bilayers or vesicules. Wershaw et al (1986) propose Similar models 
for the structure of humic materials in peat. The common feature of such structures is 
that they present a hydrophilic exterior to the aqueous phase and contain a hydrophobic 
(or lipophilic) interior region. Direct evidence for aggregation is obtained from low-angle 
X-ray scattering measurements and NMR spectral studies. and indirect evidence for these 
structures is inferred from the ability of humic substances to solubilize nonpolar solutes 
in water (see later section of this paper). Although this hypothesis is attractive. more 
evidence (e.g. as may be obtained from the direct electron microscopic observation 
methods used by Leppard et al.. (1986)) is required to substantiate and refine the model 
structures proposed. 

The Surface Mlcrolayer 

As well as potentially lowering the surface tension of the solution. humiC 
substances at the air/water interface may influence other processes such as exchange of 
gases between the atmosphere (Kanwisher. 1963; Hunter & Liss. 1981). dampening of 
surface waves (Blanchard. 1963; Garrett. 1967a). foam foxmation (Garrett. 1967b; Liss 
1975; Hunter. 1980a) and concentration of particles and other elements and compounds 
at the surface (Hunter. 1980a). In addition to the Gibbsian monolayer it is important to 
conSider the so called microlayer which is perhaps 100-500 jUIl thick depending on the 
method of collection and includes the hydrodynamic boundary layer of about 50 jUIl. This 
surface microlayer may contain up to 10 times the concentration of organic matter 
compared to the bulk water concentration (Hunter & Liss. 1981) and usually has elevated 
levels of trace metals (Wallace & Duce. 1975). toxic organics (Marty et al .• 1978; Maguire 
et al .• 1983) and microorganisms (Parker & Barsom. 1970). However. Hunter (1980a) has 
noted a depletion of Fe and Mn in a seawater microlayer presumably due to the 
dominance of rapid settling of larger mineral particles containing these elements. 

Major processes contributing to the particulate flux into the microlayer include 
atmospheriC settling and bubble flotation. A factor contributing to the elevated levels of 
particulate-associated elements in the microlayer is the increased reSidence time of 
particles at the surface caused by their tendency to adhere to the air/water interface. 
This occurs when the contact angle is large (Adamson. 1967). which Hunter (1980a) 
attributes to adsorption of natural organic matter lowering the surface energy compared 
to the oxide mineral surface. which would in turn lower the tendency for the particles to 
be wet by water. 

The mechanisms discussed above are thought to result in increased loss of trace 
elements and particulate matter to the atmosphere by virtue of the elevated 
concentrations found in the surface microlayer and the ease with which aerosol droplets 
are produced mainly via bubble foxmation and bursting (Blanchard and Syzdek. 1974). 

HUMIC SUBSTANCES AT THE SOLID/WATER INTERFACE 

Particulate matter. either in bottom sediments or suspended in the water column. 
forms an important compartment in any aquatic system (Beckett. 1986). It has a strong 
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tendency to scavenge many types of pollutants (e.g. trace metals, toxic organics and 
nutrients). Thus, suspended particulate matter becomes important in determining the 
transport and fate of pollutants, and bottom sediments often become the ultimate sinks 
for these compounds. 

Natural particulate matter is usually very heterogeneous in both chemical 
composition and particle size. It consists of a complex mixture of various minerals and 
biologically derived organic and inorganic material. However, a concept that has become 
widely accepted is that the surface layer of all these particles is coated with a common 
matrix consisting of hydrous metal oxides (e.g. iron, aluminium, silicon) and natural 
organic matter. Perhaps the most direct evidence for the existence of these surface 
coatings comes from the experiments outlined in the next section involving the 
measurement of surface charge or more correctly electrophoretic mobility. 

Many processes occur at the particle/water interface, for example adsorption, 
desorption, precipitation, dissolution and aggregation. Although these processes are 
complex the surface coating model has proved to be a very useful simpl.i(ying assumption. 

Effect on Surface Charge 

The surface charge density of particles Is an important quantity which Influences a 
range of properties such as the colloid stability and adsorption behaviour. One of the 
most convenient techniques for monitoring the surface charge of dispersed particles is 
particle microelectrophoresis (Shaw, 1969). This measurement yields the electrophoretic 
mobility which is related, albeit in a fairly complex manner, to the zeta potential and 
surface charge density of the particles (Hunter, 1981). Studies of this type give 
conSiderable insight into the nature of the surface of natural aquatic particles. 

The first Significant finding from these experiments is that the mobility of the 
particles in a given sample fall in a fairly narrow range (Hunter and Liss, 1979), and with 
a few isolated exceptions (Newton and Liss, 1987) are always negatively charged. This 
result strongly suggests that all particles are covered with a common coating since the 
suspended particles should contain silica, clays, feldspars etc. which would be expected 
to be negatively charged, as well as iron and aluminium oxides which perhaps should be 
positively charged at natural pH (Stumm and Morgan, 1981). Hydrous oxides of iron, 
aluminium and perhaps manganese have been suggested as the coating material, but 
these would not be consistent with the high negative charge observed. A more consistent 
explanation is that the particles are coated with humic substances whose hydrolysable 
acidic functional groups could easily give rise to such a negative charge. 

Supporting evidence for this humic coating hypothesis can be inferred from the fact 
that different colloids displaying a range of initial mobilities, all revert to a similar 
negative value after exposure to natural waters or dilute solutions of humic substances 
(Neihof and Loeb, 1972, 1974; Hunter, 1980b; Tipping, 1981a, 1981b; TIpping and 
Cooke, 1982; Loder and Liss, 1982, 1985). Thus, for example, we have found that a 20 
mg/L goethite suspension with mobility +3x10·s m 2 s·l V-I undergoes total charge 
reversal to a mobility of -3x10-s m2 sol V·l on addition ofless than 0.5 mg/L of humic or 
fulvic acid (Beckett and Le, 1990). which is far less than the concentration of humic 
substances found in most waters. This value of -3x10-s m2 sol V-I represents a 
somewhat larger negative surface charge than found for natural suspended matter from 
fresh water systems. However, small amounts of divalent cations (e.g. 1x10-4-5x10-4 M of 
Ca or Mg salts) will lower the magnitude of the surface charge density, so that the 
mobility becomes -2xlO-s m2 sol V-lor greater (I.e. lower magnitude). This now 
represents conditions very close to the situation found in many soft waters. 

Several workers (Hunter and Liss, 1982; Beckett, 1986; Gerritsen and Bradley, 
1987) have noted the inverse correlation between the magnitude of the mobility of natural 
particles and solution ionic strength (conductance) or more specifically the concentration 
of the so-called hard water cations Ca and Mg. This can be extended to higher ionic 
strengths to explain the surface charge behaviour of suspended particles in estuarie 
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(Pauc, 1980; Hunter and Liss, 1982; Beckett, 1986). Indeed Beckett and Le (1990) have 
demonstrated that the mobility trends of natural particles in freshwaters and estuaries 
can be modelled accurately using a synthetic goethite colloid whose surlace has been 
saturated with a humic substance. 

For example, Figure 3 shows the results obtained for the mobility in a series of 
mixing experiments involving either river suspended solids or humic-coated goethite with 
added Ca or Na salts. The river water particles and the humic-coated goethite particles 
behave very stmilarly. The data has been plotted on a salinity scale such that the 
abSCiSsa at any point gives the salinity of a seawater-freshwater mixture that would 
contain the same concentration of the particular salt. The plots show very clearly that 
the lowering of particle mobility (magnitude) that occurs during seawater mixing in an 
estuary is due almost entirely to the presence of the minor divalent cations (Ca2+ and 
Mg2+), with the major ion in seawater (Na+) having only a small influence on the mobility. 

The above evidence points to the dominant role that adsorbed humic substances 
play in determining the surlace charge of natural aquatic particles. In the case of 
positively charged particles (e.g. Fe and AI oxides), this no doubt involves the adsorption 
of negatively charged humic molecules although in addition to simple electrostatic 
attraction the mechanism may also involve covalent bond formation between surlace OH 
groups and carboxylate functional groups on the humate ion (TIpping, 1981b). Tipping 
(1981a) has shown that the presence of the divalent cations, Ca2+ and Mg2+, increases 
the adsorption of humics onto iron oxides. This could either be due to the additional 
adsorption mechanism created by forming oxide-cation bridges or increases in the humic 
adsorption density due to cation binding of some of the active humate sites resulting in 
fewer humic-surlace contacts per humic molecule being formed. 

For clay minerals adsorption could occur at the positively charged edge planes. In 
addition Tombacz et al. (1988) have suggested that in the presence of sufficient electrolyte 
(e.g. for montmorillonite 0.2-0.5 M NaCI at pH 7) aggregation of the clay and humiC 
substances may occur. 

In the case of negatively charged particles, the bonding may involve a cationic 
intermediary. The ubiquitous iron and aluminium species are prtme candidates for this 
role and it is conceivable that they could act either as bridging ions or by precipitation of 
a more strongly adsorbing oxide coating over the original mineral surlace (James and 
Healy, 1972). 
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These two conceptual models are depicted schematically in Figure 4. In either case 
the surface charge is controlled by the acidic functional groups on the outer film of 
adsorbed humic maUer. This may be modified by complexation with suitable metal 
cations, particularly Ca2+ and Mg2+ ions which occur at various levels in natural waters. 

Effect On Aggregation 

Colloidal particles in most freshwaters are quite stable to aggregation and the 
negative charge generated by the adsorbed film of humic substances is no doubt a major 
factor in maintaining the particles in a dispersed state. However, it is well known that 
aggregation of natural suspended particles (and also soils) can be induced by increasing 
the ionic strength. This most notably occurs during the mixing of freshwater and 
seawater in estuaries. It can also happen for inland waters by dissolution of calcareous 
rocks in hard water areas, by the influx of saline groundwater or in arid areas by 
evaporation. 

In estuaries aggregation and settling is responsible for the nonconservative removal 
of suspended solids and associated elements from the water column (Boyle et al., 1974) 
and results in the deposition of large amounts of material to the bottom sediment. Major 
consequences of this process are the need to dredge most harbours to keep them open to 
shipping. the accumulation of high levels of pollutants in estuarine and near coastal 
sediments and the reduced flux of most elements to the open ocean. 
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Sholkovitz and coworkers have made an extensive study of estuarine coagulation of 
the filterable colloidal fraction in river water (e.g. Sholkovitz. 1976. 1978; Sholkovitz et al .• 
1978). An interesting finding was the fact that of the dominant divalent cations in 
seawater. Ca produces a greater extent of coagulation at a given concentration than does 
Mg. This demonstrates that as well as simple electrostatic effects. specific chemical 
interactions between the metal and collOid surface are involved in the coagulation 
mechanism (Eckert and Sholkovitz. 1976). Furthennore. Boyle et al. (1977) noted that 
the coagulation effiCiency of divalent first row transition metal ions increased in the order 
Zn < Mn < Co < Ni < Cu which is the same order as their ability to fonn coordination 
complexes as expected from crystal field stabilization energy considerations (Irving and 
Williams. 1953). This perhaps reflects the fact that the coagulation mechanism may 
involve the fonnation of metal complexes with the functional groups contained in the 
organic molecules adsorbed to the surface of the particles. 

There is considerable evidence to suggest that natural organic coatings inhibit the 
coagulation of natural particles. Gibbs (1983) showed that the rate of coagulation of 
sediment particles was increased considerably when their organic coatings were removed. 
Work conducted recently in our laboratory found that the collOidal iron in a highly 
coloured stream (Redwater Creek) with DOC 25 mg/L was much more resistant to 
coagulation by salts than the colloidal iron in a more typical river (Yarra) with DOC 8 
mg/L (Nicholson. 1986). Several laboratory studies have shown that synthetic hydrous 
iron oxide colloids are stabilized by the addition of humic substances (Tipping and 
Higgins. 1982; Tipping. 1984. 1986; Cameron and Liss. 1984). In contrast Fox (1984) 
found that humiC acid extracted from river water did not stabilize synthetic collOidal 
Fe(OHb. although he acknowledged that this could be due to the loss of much of the 
lower molecular weight fraction during the purification of the humic acid samples used. 

Tipping and Ohnstad (1984a.b) conducted some detailed aggregation experiments 
comparing the behaviour of a natural iron oxide colloid collected from the metalimnion of 
a stratified lake with a synthetic humic-coated hematite colloid. In general. the 
coagulation behaviour of the two samples at the natural levels of particle and organic 
matter concentration was Similar. This Is consistent with the hypothesis that the colloid 
stability is controlled by an organic coating. At higher particle concentrations (>2xlO- ll 
particles/L) and CaCl2 concentrations (0.1 M). the coagulation rate of the natural 
particles was even greater than the maximum predicted for diffusion controlled 
aggregation. This accelerated kinetics was interpreted as evidence for the existence of 
bridging flocculation by organic matter analogous to polymer flocculation (La Mer. 1966). 
On the other hand. Tipping and Higgins (1982) deduced that in humiC rich waters a steric 
stabilization contribution may also be present in addition to the usual electrostatic 
mechanism (Napper. 1985). 

Jekel (1986) studied the effect of adsorbed humic substances on the coagulation 
behaviour of silica and kaolinite. A similar stabilization phenomenon was noted although 
the process is complicated by the fact that both mineral substrate and adsorbate are 
negatively charged. Both humic adsorption and colloid stabilization was promoted by 
lowering the solution pH and addition of small amounts of Ca (1 mM). It was deduced 
that adsorption was greatest for the humiC fractions with lower charge density and higher 
molecular weight. Divalent cations probably Influence the process by screening the 
negative charges on the solid surface and humic molecules thus enabling close approach 
of neutral parts of the molecule which leads to attachment. Alternatively. it is possible 
that Ca2+ fonns a bridge between the anioniC groups on the surface and the organic 
compounds. 

Although the adsorption of humic substances to silica and aluminosilicate minerals 
Is inhibited by the negative surface charge developed at the pH of most natural waters 
(Davis and Gloor. 1981; Jekel. 1986). the surface of most natural particles Is likely to be 
modified by the surface precipitation of hydrous iron or aluminium oxides. Since these 
have much higher Isoelectric pOints (Stumm and Morgan. 1981) strong humic substance 
adsorption would be expected (see Figure 4b). It would seem that under the conditions 
prevailing in most natural waters the dominant effect of organic coatings on aggregation 
is to stabilize the particles against coagulation. 
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EFFECT OF HUMIC SUBSTANCES ON POLLUTANT SPECIATION 

There is ample evidence that humiC substances assoctate with a variely of 
pollutant species either in solution or on the surface of suspended particulate matter. In 
some cases this binding involves the numerous polar or ionic functional groups 
(particularly those containing oxygen). whereas with hydrophobic solutes the presence of 
nonpolar regions of the humic molecules appears to be implicated. These interactions not 
only affect the solution speciation of the solute. but can also control the partitioning of 
pollutants between the aqueous and solid phases present. This is a rather complex 
process and hUmic-pollutant binding can in fact result in either increased or decreased 
adsorption to suspended particles. The forms of a pollutant have a major effect on its 
toxicily. transport and ultimate fate in the aquatic environment. The rates of uptake by 
biota. loss from the water column to the sediment and accumulation in the surface 
microlayer and hence possible loss to the atmosphere are all affected by the physico
chemical form. Thus. the determination of pollutant speciation has rightly received 
considerable attention by researchers. and a detailed understanding of the influence of 
man's activities on aquatic systems is dependent upon this knowledge. 

Trace metals 

The fact that humic substances act as polyelectrolyte ligands for many trace metals 
in solution is well established and a quite voluminous literature has developed on the 
subject in recent years (see for example the articles and reviews by Mantoura & Riley. 
1975; Burne. et aI.. 1977. 1980; Mantoura et al. 1978; Hart. 1981; Alberts & Giesy. 1983; 
Neubecker & Allen. 1983; Kramer & DUniker. 1984; Boggs et aI.. 1985; Fish et al .. 1986; 
Jones. 1987). The strength of these metal complexes varies with the metal and the 
functional group involved and are often moderately strong. For example. conditional 
stabilily constants for copper-humic complexes are often measured to be in the range 105 

- 109 (Kramer & Duinker. 1984; Neubecker & Allen. 1983). 

This complexation of metals will of course influence spectation which in tum affects 
the behaviour of these metals in natural water. For example. Daly (1986) reported that 
the toxicily of Cu to the freshwater shrimp Paratya australiensis depends mainly on the 
free Cu2+ ion concentration. This is illustrated by the data in Table 1 which shows that 
the addition of waters containing complextng organic matter increases the 96 hour LC50 
value whilst the measured [Cu2+) at the LC50 remains almost constant. 

Complextng ligands can affect the adsorption of metals to particles in a number of 
ways. Theis and West (1986) demonstrated that cyanide can inhibit adsorption of Cu 
onto goethite by complextng the Cu and holding it in solution (Figure 5al. Davis and 

Table l. 

Water 

Melbourne 
Tap Water 

Redwater 
Creek 

Redwater 
Creek 

96 Hour LC50 Values for Paratya Australiensis Exposed to 
Copper in the Presence of Natural Humic Substances (Daly. 
1986) 

DOC Total Cu LC50 ICu2+) present 
concentration (MCu/L) at LC50 

(mg C/L) (lLg Cu2+ IL) 

2 34 16 

8 141 21 

13 238 28 
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Leckie (1978) found a similar reduction in adsorption of Cu to ferric hydroxide by 
picolinic acid but attributed this effect to bonding of the picolinic acid to the surface and 
thereby blocking adsorption sites on the Fe(OHb and limiting the Cu adsorption. On the 
other hand glutamic acid. apparently forms some sort of surface complex with Cu which 
enhances its adsorption (Figure 5b). Several other workers. for example Bourg et al. 
(1978. 1979) and Elliot and Huang (1979). have reported similar adsorption trends in 
various model systems. 

Tipping et aI. (1983) studied a ternary system containing freshwater humic 
substances. a synthetic goethite colloid and copper. They demonstrated that the humic
coated goethite showed an enhanced uptake of Cu compared to either the uncoated 
goethite or the humic material acting independently (Figure 5c). However. it should also 
be remembered that mobilisation of a metal from the adsorbed particulate phase can 
often be achieved by adding an excess of soluble complexlng humic material to the 
suspension (Gleuck-Macholdt and Lieser. 1987). Certainly more evidence is needed to 
access the generality of these findings. 
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Trace Organic Compounds 

There is a considerable body of evidence pointing to the existence of an association 
between nonpolar organic molecules and humic substances. An indirect indication of 
this is the fact that much higher levels of many pesticides, herbicides and other toxic 
organics are found in sedlments than in the water and the concentration can usually be 
correlated with the amount of organic matter in the sediment (Means et aI., 1980; Means 
and Wyayaratne, 1982). 

A somewhat more direct indication is the observation that the solubility of many of 
these sparingly soluble nonpolar compounds in water is increased significantly by the 
addition of humic substances (Chiou et a!.. 1986). The effectiveness of the dissolved 
organic matter to increase the solute solubility increases with its molecular size and 
hydrophobiCity and for a given system the solubility increases linearly with the 
concentration of the added dissolved organic matter. These observations are consistent 
with a partition-like interaction (c.r. solvent extraction) of the solute with nonpolar 
microenvlronments created by the humiC substances. 

It Is possible that such microenvironments could be produced by aSSOCiation of 
humic molecules in solution as proposed in Wershaw's membrane model mentioned 
previously (Wershaw. 1986). In this case the increased solubility could be deSCribed as 
solubilization by analogy with the behaviour of micelle forming surfactants. 

In adsorption studies involving soils and sediments it Is found that the adsorption 
isotherms relating the concentration of sorbed solute (!A)Ads) to the solution concentration 
([All are usually linear (Chiou et al .. 1979) 

[A)Ads = Kp[A) (3) 

The partition coeffiCient (Kp) Is commonly related directly to the octanol-water 
distribution coeffiCient (Row) of the solute and the fractional organiC carbon content (foci of 
the sediment. (Karlckhoff, et al .• 1979; Schwarzenbach and Westall. 1981). Thus we can 
write 

[A)Ads = Kow foc [A) (4) 

This is analogous to the behaviour of humic substances in solubilizing nonpolar 
solutes described above and can be used as evidence that the adsorption mechanism also 
Involves partitioning into nonpolar regions created by the adsorbed organic matter (Chiou 
et a!.. 1979, 1983. 1985). The dependence of the sediment-water partition coefficient on 
the octanol-water distribution coeffiCient and apparent lack of sensitivity to the source of 
sedimentary organic matter suggests that the main driving force for the adsorption is the 
so-called hydrophobic effect (Tanford. 1980). Thus solute-solvent interactions appear to 
be of more importance in determining the affinity of these nonpolar compounds for the 
sediment than the strength of the solute-surface bond (Stumm. 1982; Chiou et aI .• 1983). 

Recent studies conducted in our laboratories (Day et a!., unpublished results) are 
aimed at assessing the effects of humic substances on the adsorption of several different 
herbiCides. These studies compared the adsorption of each herbiCide onto a synthetic 
goethite collOid either uncoated or coated with humic substances. The presence of a 
humiC coating increased the partitioning of the nonpolar compound lindane by up to an 
order of magnitude but actually had the opposite effect on the adsorption of more polar 
compounds (e.g. glyphosate). 

It would therefore seem that humic substances play an important role in the strong 
uptake of nonpolar toxic organics by suspended sediments in natural waters. These 
compounds are often very persistent and their ultimate fate and environmental effect will 
be determined to a large extent by the behaviour of the suspended particles. However. 
polar organics appear to be much more Ukely to remain in solution and in contrast these 
are often much more rapidly degraded by both chemical and biological processes. 

15 



CONCLUSIONS 

Humic substances appear to be present in all natural waters and playa vital role in 
detenntntng many aquatic processes. They can be regarded as moderate surfactants and 
their presence lowers the surface tension of water and promotes foamtng. They 
contribute to processes which result in elevated concentrations of various elements and 
particles in the so-called surface microlayer of waters. Humic substances coat the 
surface of aquatic particles ensurtng they have a negative surface charge and increasing 
their colloid stability. Their ability to bind many substances will influence the speciation 
of pollutants such as trace metals and toxic organics. In particular they often increase 
the partitioning of pollutants into suspended particle and sediment phases in aquatic 
systems. In view of the importance of humic substances and their inherent structural 
complexity more work Is certainly warranted in order to obtain a better mechanistic 
understanding of processes in natural waters. 
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INTRODUCTION 

Aquatic bacteria rapidly colonize smfaces submerged in flowing water and their 
subsequent growth and extracellular polymer production leads to the formation of biofilms 
on the exposed surfaces. A biofilm is mainly composed of a variety of bacteria embedded 
in a matrix of extracellular polymeric substances (EPS) of bacterial origin. The 
development of extensive biofilms is of considerable nuisance value on ship and pipeline 
surfaces. because of the induction of turbulent flow adjacent to the biofilm. and in heat
exchange systems. where biofilms reduce the degree of heat transfer. On the other hand. 
enhanced biofilm development is a deSirable feature in such industrial applications as 
trickling filters for waste water treatment. fixed-film fermenters and fluidized-bed reactors. 
Why are bacteria so adept at adhering to surfaces and why do they grow so vigorously 
following colonization of such surfaces? 

BACTERIA AS LIVING COLLOIDS 

Bacteria range in Size from about 0.2 J.Illl to 2.0 or more J.Illl in length or diameter. 
but most bacteria in natural habitats tend towards the smaller end of this scale (van Es 
and Meyer-Rei!. 1982). Generally. bacteria form stable colloidal suspensions in water 
despite the fact that the size of the cells exceeds the normal upper limit aSSigned to 
collOidal particles. This results partly from mutual electrostatic repulsion between the 
negatively charged bacteria and partly from the fact that the density of the bacterial cells 
is only slightly greater than that of water. The electrokinetic properties of bacteria may be 
determined by microelectrophoresis of cells suspended in buffers of different pH. Despite 
the presence of pOSitively-charged surface ionogenic groups on many bacteria. the net 
charge on bacterial cells at neutral pH values is strongly negative (Marshall. 1976). The 
surface ionogenic properties of bacteria result from the particular chemical constitution of 
the cell envelope (wall) of the bacterium in question as well as the properties of EPS 
produced by the organism. 

Different bacteria exhibit varying degrees of cell surface hydrophobicity. and it is 
believed that this characteristic is important in determining the extent of adhesion of 
bacteria to solid surfaces (Rosenberg and Kjelleberg. 1986). The overall colloidal nature of 
bacterial cells provides some insights as to why they readily adhere to so-called inert 
surfaces. 
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CHEMISTRY OF THE BACTERIAL CELL ENVELOPE 

Although most metabolic functions of bacteria are localized within the plasma 
membrane. it is the cell wall and extracellular components that are in contact with the 
external environment and. hence. play a vital role in bacterial adhesion and bloffim 
properties. Bacteria have the simplest of cellular structures (termed prokaryotic cells) yet 
the cell envelopes of these organisms are remarkably complex. Most bacterial cells 
possess a rigid cell wall that is responsible for the characteristic morphology of the cell 
and for its structural integrity under variable osmotic conditions. 

In Gram-positive bacteria the rigid component of the wall. peptidoglycan. accounts 
for 30 to 50% of Isolated cell walls. Other secondary cell wall polymers in these bacteria 
include telcholc acids. telchuronic acids. neutral polysaccharides and. occasionally. 
protein. The Gram-positive cell wall is relatively thick and simple in its ultrastructure (as 
revealed under the electron microscope). Gram-negative cell walls are structurally 
complex with the peptidoglycan layer constituting only 2 to 100/0 of the dry weight of the 
wall. In these bacteria the plasma membrane and peptidoglycan layer are separated by a 
space. the periplasmic space. that is the site of activity of a number of hydrolytic enzymes. 
OutSide of the peptidoglycan is the outer membrane. that consists of phospholipid. 
lipopolysaccharide and protein. This outer membrane is unusual In that it acts as a 
permeability barrier to hydrophobic substances. This is due to the asynnnetry of the outer 
membrane resulting from all of the lipopolysaccharide occurring on the outer side of the 
bilayer whereas the phospholipid is found on the inner portion. A clear picture of the 
complexity of bacterial cell wall structures is given in the account byWicken (1985). 

Extracellular components that may be involved in adheSion processes include 
flagella (used in cell motility). fimbriae (proteinaceous fibrils involved in specific adheSion 
to living tissues). sex pili (involved in cell-to-cell contacts that result in conjugation). and 
extracellular polymeric substances (EPS. a variety of polymers that may result in non
specific adhesion to various surfaces and the formation of the matrix of biofllms). In the 
case of most aquatic bacteria. the EPS is the component leading to bacterial adhesion and 
biofllm development (see Marshall. 1986). 

ADHESION MECHANISMS 

The adheSion of bacteria to surfaces has been conSidered both in terms of adhesion 
forces (colloidal stability) and a surface energy viewpoint. These two approaches are not 
necessarily mutually exclusive. as Pethica (1980) has pOinted out that the total change in 
surface tension of opposing surfaces can be determined from the Interacting forces and 
that this feature is automatically built into the colloid stability theory. 

Adhesion Forces 

As stated earlier. bacteria normally possess a net negative surface charge and. 
consequently. they should rapidly adhere to any positively-charged surface. In natural 
habitats. however. most solid surfaces possess or assume a net negative charge. How do 
bacteria adhere to such surfaces? 

(a) Long range forces. Bacteria are transported in the aqueous phase by fluid 
dynamic forces. As they approach a surface they become subjected to repulsion forces 
(resulting from the Interaction between clouds of cations attracted to both the bacterial 
and substratum surfaces = electrical double layer repulsion) and to attraction forces of the 
London - van der Waals type. This is the basis of the DLVO theory that predicts a strong 
repulsion at low electrolyte concentrations. where the electrical double layer thickness is 
greater. and a weak attraction minimum (the secondary minimum) at higher electrolyte 
concentrations. where the cloud of cations is compressed and the electrical double layer 
thickness is minimal. It has been suggested (Marshall et al.. 1971) that reversible 
adhesion of bacteria to surfaces and the spinning behaviour of motile bacteria upon 
contact with surfaces results from attraction to such a secondary minimum. 
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Direct observations of the attraction of the non-motile Achromobacter R8 to glass 
surfaces (Marshall et aI.. 1971) revealed that the bacteria were attracted to the surface at 
high electrolyte concentrations but. as predicted by the DLVO theory. were repelled at low 
electrolyte concentrations «5xlQ-4M NaCIl. However. invoking the Idea of attraction to the 
secondary minimum may be overly simplistic in view of the previously mentioned 
complexity of both the bacterial cell envelope and the EPS (Rutter and Vincent. 1980). It 
could be that the observed stage of reversible adhesion (Marshall et al .• 1971) may result 
from other factors such as minimal bridging contacts to the surface by EPS (see next 
section). 

Bacteria unable to firmly adhere to surfaces are able to scavenge fatty acids bound 
to the substratum surface. an observation that also suggests the bacteria are held near 
the surface by long range forces (Hermansson and Marshall. 1985). 

(b) Short range forces. Irreversible adheSion of bacteria to surfaces is achieved 
by the process of polymer bridging whereby EPS binds the cell to the substratum surface. 
Short range forces acting on Ind1vldual polymer fibrils at the surface Include (a) chemical 
bonds. such as covalent. electrostatic. and hydrogen bonds. (b) dipole Interactions. such 
as dipole-dipole (Keesom). dipole-induced dipole (Debye). and ion-dipole interactions. and 
(c) hydrophobic Interactions (Tadros. 1980). Although the precise chemical nature of most 
EPS is poorly understood. It is likely that different combinations of these short range 
forces will be involved In the interaction of a particular EPS with a variety of substratum 
surfaces. Examination of ultrathin sections of bacteria attached to surfaces has confrrmed 
the role of polymer bridging In the firm adhesion of bacteria to surfaces (Fletcher and 
Floodgate. 1973; Marshall and Cruickshank. 1973). 

Surface Energy Approach 

Despite the early recognition of the Importance of bacterial and substratum surface 
properties in adheSion processes. many conflicting results were reported because 
Invesl1gatlons tended to consider only one of these parameters in any study. More 
recently. It has been realized that It Is necessary to take account of at least three 
properties simultaneously. i.e. the substratum surface free energy. the bacterial surface 
free energy and the l1quld surface tension. in any thermodynamic model of adhesion 
(Gerson and Scheer. 1980; Absolom et aI.. 1983; Fletcher and Pringle. 1985). In terms of 
the thermodynamic model. bacterial adheSion is favoured when the process results In a 
decrease In free energy. Neglecting systems in which electric charges and spectfic lectin
receptor interactions are Involved. the change In free energy is given by 

Gadh = 'YEs - 'YBL - 'YSL (1) 

where Gadh is the change in free energy associated with bacterial adhesion. and 'YBs. 'YBL 
and 'YsL are the bacterium-substratum. bacterium-liquid and substratum-liquid Interfacial 
tensions. respectively. Values for these interfacial tenSions can be derived from Young's 
equation as follows 

'Ysv - 'YsL = '¥Lvcos9 (2) 

where 'Ysv. 'YsL and '¥Lv are the substratum-vapour. substratum-l1quid and liqUid-vapour 
interfacial tensions, respectively. and 9 is the contact angle of the l1quid on the 
substratum. Of these values. only '¥Lv and 9 are readily determined experimentally but 'Ysv 
and 'YsL may be calculated using an equation-of-state approach (Neumann et al .• 1980). 
Within certain llmltations. experimentally determined adheSion of a selected group of 
bacteria corresponded to theoretical predictions based on this thermodynamic model 
(Absolom et aI.. 1983). Other factors must be taken Into consideration. however. such as 
the effects of growth conditions on bacterial surface free energy (McEldowney and Fletcher, 
1986). the modifying effects of substratum conditiOning films resulting from prior 
molecular adsorption to surfaces (Baler, 1980), and the fact that bacteria with an extreme 
degree of hydrophobiCity have not been tested using the thermodynamic model. 
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SIGNIFICANCE OF SURFACE-BOUND SUBSTRATE 

Most aquatic ecosystems are ollgotrophIc. with a substrate flux of from near zero to 
less than one mg C/lltre/day (PoIndexter. 1981). Bacteria requ1r1ng relatlvely large 
amounts of energy substrate for growth and metabollsm (copiotrophic bacteria) starve 
under oligotrophic conditions. Such bacteria respond to starvation conditions by a rapid 
reduction both in cell size and in endogenous respiration (Morita, 1982). In addition, 
these small, starved cells generally exhibit a greater propensity to adhere to solid surfaces 
than the well-fed bacteria (Dawson et aI.. 1981). 

When an intermittent input of energy substrate into an oligotrophic ecosystem 
occurs, such as by the death and lysis of llving organisms, bacteria rapidly utilize the 
soluble, low molecular weight organics in the water column and, thus, help to maintain 
the system in an oligotrophic state. When the readily available substrate is all utilized. the 
bacteria again begin to stalVe. 

Surface Conditioning Films 

Macromolecules and low molecular weight hydrophobic organic molecules tend to 
rapidly partition at natural or artifiCial substratum surfaces immersed in a water body. 
The adsorption of such molecules at surfaces leads to the formation of conditioning films 
that alter the surface charge (Neihof and Loeb. 1972) and surface free energy (Baier, 1980) 
of the substratum. The formation of surface conditioning films precedes the adheSion of 
bacteria to newly immersed surfaces and the organic molecules of the conditioning films 
constitute an enriched source of substrate for bacteria gaining access to the substratum 
surface from oligotrophIc habitats. 

Scavenging of Surface-Bound Substrates 

Bacteria effectlvely scavenge labelled fatty acid bound to glass surfaces in 
situations where the fatty acid was the only substrate available to the organisms (Kefford 
et al., 1982). Bacteria irreversibly adhering to surfaces metabolized the bound fatty acId 
with a high degree of effiCiency, yet bacteria capable only of reversible adhesion were also 
able to scavenge the surface-bound substrate prior to returning to the aqueous phase to 
seek other sites of nutrient concentration (Kefford et al .. 1982; Hermansson and Marshall, 
1985). 

The amounts of adsorbed organiCS on surfaces in static water sYStems would be 
very limited, and attached bacteria would gain only a very transient benefit from being 
associated with the substratum surface under such circumstances. 

In flowing systems, on the other hand. there should be a continual replenishment 
of organics at the substratum surface that would provide suffiCient energy substrate to 
support active bacterial growth. 

Growth of Starved Bacteria at Surfaces 

Growth of stalVed cells of the marine Vibrio DWI has been observed at a 
membrane surface in a microdialysis chamber where a very dilute medium was employed 
(Kjelleberg et aI., 1982). The bacteria were unable to grow in the aqueous phase because 
of insufficient energy substrate in this medIum. Growth of the small cells to normal size 
followed by cell multipllcation at the membrane surface occurred because of a 
concentration of organic substrate at this surface from the continuous flow past of the 
dilute medium. When the bacterial population at the surface built up to a high enough 
level, the rate of accumulation of substrate from the medium was insuffiCient to maintain 
active growth and the bacteria gradually showed signs of stalVation once more (i.e. the 
cells reverted to small stalVation-sulVlval forms). Growth of bacteria from stream 
populations on undefined substrates at surfaces has recently been deSCribed usIng lmage
analysis techniques (Lawrence and Caldwell. 1987). 

We have demonstrated that starved bacteria are capable of cellular growth and 
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reproduction where the only source of energy is a defined substrate bound to a surface 
(Power and Marshall. 1988). In this study. stearic acid bound to the membrane surface of 
the microdialysis chamber was the source of substrate. Growth and reproduction of 
bacteria were observed by phase-contrast microscopy combined with time-lapse video 
techniques. The reversibly adhering Vibrio MH3 exhibited cellular growth and began the 
division process near the surface. but the final separation of daughter cells occurred after 
the bacteria returned to the aqueous phase. This process obviously provides a mechanism 
whereby such bacteria can benefit from substrate bound to surfaces. but they readily 
return to the aqueous phase where the bacteria are free to seek other sites of nutrient 
concentration. 

In contrast to Vibrio MH3. cells of Pseudo11lDl1as JD8 remained attached to the 
surface. grew to normal size and. on division. the daughter cells slowly migrated across 
the substratum surface (Power and Marshall. 1988). This migration process. and the later 
detachment of cells from the surface. was thought to be related to changes in the 
substratum surface free energy following utilization of the surface-bound. hydrophobic 
stearic acid. 

With a continuous adsorption of organics from solution in flowing systems. 
suffiCient energy substrate should be available to allow growth and reproduction in the 
primary colonizing bacteria and the subsequent development of multllayers of bacteria 
and their EPS to give rise to biofilms on the substratum surface. 

CONCLUSIONS 

In this brief paper. I have attempted to show that. by treating bacteria as living 
colloidal particles. it is possible to explain some of the mechanisms whereby bacteria 
interact with and firmly adhere to a substratum surface. As living organisms. even 
starving bacteria can respond to the presence of organiC molecules adsorbed to 
substratum surfaces by metabolizing the organics as energy substrates. If suffiCient 
substrate is available. as in flowing oligotrophic systems. then the adhering starved 
bacteria are capable of cellular growth and reproduction. Differing patterns of growth at 
surfaces have been observed with different bacteria. The continual growth of bacteria at 
surfaces and their production of abundant quantities of EPS eventually lead to the 
development ofbiofilms. i.e. microbial fouling ofthe surfaces. 
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PHOTOCHEMISTRY OF COLLOIDS AND SURFACES 

IN NATURAL WATERS AND WATER TREATMENT 

T. Da~id Waite 

Australian Nuclear Science and Technology Organisation 
Lucas Heights Research Laboratories 
Lucas Heights, New South Wales 

INTRODUCTION 

Particles in the upper layers of marine and freshwaters and in atmospheric water 
droplets are exposed to solar radiation and absorb a Significant amount of this radiation. 
Although a large portion of the radiation absorbed by naturally occurring particles is 
converted into thermal energy, it is now recognized that a wide variety of chemical 
transformations involving suspended particulate matter are initiated by absorption of 
sunlight (Zafiriou et aI., 1984; Zepp and Wolfe. 1987). While abiotic heterogeneous 
photochemical transformations involving living organisms and particulate organic materials 
have been reported (Zepp and Wolfe, 1987). photoprocesses involving particles containing 
transition metal ions are particularly numerous and are the focus of discussion in this 
chapter. 

Recent studies into such heterogeneous processes as the light aSSisted dissolution of 
naturally occurring oxides and minerals and the photochemical abiotic fixation of nitrogen 
have advanced our understanding of fundamental aspects of natural aquatic systems. It 
has also been demonstrated over the last decade that heterogeneous photochemical 
processes playa key role in the degradation of anthropogenic chemicals such as petroleum 
discharges, pesticides, herbicides, and domestic and industrial wastes in natural 
environments. Evidence that heterogeneous photoprocesses are an eITective method of 
degrading xenobiotic compounds in aqueous solution has resulted in extensive investigation 
into the possibility of incorporating a photochemical stage in water and waste treatment 
plants. 

The growing interest in aquatic photochemistry is evidenced by the number of papers 
and reviews in this field. In addition to the references given above, a number of reviews 
and compilations on the general topic of photoprocesses in natural waters are available 
(see, for example. Zepp, 1980; Zika, 1981; Zafiriou, 1983; Zika and Cooper, 1987; Zika, 
1987). Specific reviews of investigations into aspects of photoprocesses at the particle
water interface of relevance to natural waters and waste treatment have been prepared by 
Waite (1986) and Langford and Carey (1987). Considerable advances have been made both 
in our understanding of mechanistic aspects of heterogeneous photoprocesses and in the 
application of these processes to water and waste treatment. 
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HETEROGENEOUS PHOTOPROCESSES IN NATURAL WATERS 

Dissolution of Naturally Occurring Oxide/Hydroxide Minerals 

Oxide/hydroxide minerals of Mn(II1.IVJ and Fe(II1) are thennodynamically stable 
under most oxygenated natural water conditions and typically exhibit high surface areas 
(particularly if in colloidal fonn). As such. these minerals represent ideal loci for sorption 
of a wide range of water constituents including potentially troublesome species such as 
phosphate and trace (often toxic) metals and organic compounds (including pesticides. 
herbicides and aromatic hydrocarbons). Changes in oxidation state dramatically alter the 
solubility of these oxides with consequent implications for the fate of any adsorbed 
species. Thus. reduction of Fe(IIn to Fe(1I) increases iron solubility with respect to 
oxide/hydroxide phases by as much as eight orders of magnitude (Stumm and Morgan. 
1981). In addition to the implications for the fate of adsorbed toxic or troublesome 
species. such changes in the solubility of iron and manganese may have a significant 
effect on the biota for which these metal ions are essential nutrients but. typically. 
unavailable in their particulate fonn. Indeed. Anderson and Morel (1983). Finden et al. 
(1984). Sunda et al. (1983) and Sunda (1989) note that iron or manganese may limit algal 
productivity in some situations and speculate that in such cases. enhancement of limiting 
nutrient supply through reduction processes may significantly alter algal growth rate. 
primary productivity. and species distribution. Field evidence that iron or manganese are 
limiting nutrients In some Situations has been provided by Brand et al. (1983). Entsch et 
al. (1983). Martin and Gordon (1988). and Martin and Fitzwater (1988). 

A variety of field and laboratory studies over the last five years have indicated that 
solar radiation may induce or enhance the reductive dissolution of iron and manganese 
oxides/hydroxides in oxygenated natural waters. Collienne (1983) and McKnight and 
Bencala (1988) present convincing evidence for a sunlight-driven diurnal cycling in Fe(1I) 
concentration in acidic streams and lakes which involves a concomitant dissolution of 
solid iron oxide/hydroxide (see. for example. Figure 1). Sunda et al. (1983) have shown 
that light enhances the dissolution of an amorphous manganese oxide in seawater and 
have suggested that this process accounts for the surface maxima in dissolved 
manganese observed in the oceans. 

In most of the cases cited above. the presence of natural organic materials was 
shown to be critical to the occurrence of photodissolution. That naturally occurring 
organic compounds are capable of inducing or assisting the photodissolutlon of iron and 
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Figure 1. Daily (A) and seasonal (B) accumulation of photochemically produced 
ferrous Ion in a well-oxygenated acid lake (Reproduced from Morel. 
1983; adapted from Collienne. 1983). 
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manganese oxides has been confirmed in a number of laboratory studies using humic 
and fulvic acids extracted from fresh and marine waters (Waite and Morel, 1984a: Sunda 
et aI., 1983; Waite et aI., 1988). As shown in Figure 2, aquatic fulvlc acids (at 
concentrations of 10 mg/L) extracted from two different sources resulted in approximately 
four-fold increases in the rate of solar radiation-induced dissolution of 5 J.!M suspensions 
of the commonly occurring iron oxide phase lepidocrocite (y-FeOOH) at pH 4.0 compared 
to that observed in an organic free suspension (the extent of dissolution in both the 

29 



presence and absence of fulvlc acids under dark conditions was negligible over the time 
scale of interest). At pH 6.5. photolysis increased the rate of dissolution from near zero to 
measurable rates. The elIect of near-UV light (300-400 nm; A.max = 365 nm) in enhancing 
the dissolution of 5 J.1M of the synthetic manganese oxide vernadite. O-Mn02 in the 
presence of 10 mg/L Suwannee River fuMc acid (an International HumiC Substances 
Society standard material) Is somewhat more dramatic with approximately 900Al 
solubilization after three hours of continuous photolysis compared with only 20% 
dissolution after suspension in the same medium for three hours with no illumination 
(Figure 3). 

ConSiderable insight Into the possible mechanisms of photodissolution of metal 
oxides/hydroxides In natural waters may be gleaned from the results of studies in Simple. 
well-defined systems. As can be seen from Figure 2. photolysis of y-FeOOH in the 
presence of the strong Fe(III) complexing agent citric acid results in dissolution 
phenomena qualitatively Similar to that observed in the presence of fulvlc acid. Waite and 
Morel (1984b) proposed three alternative mechanisms for the preliminary photochemical 
process In this latter case: (a) a photo-Kolbe process In which photo-generated holes are 
scavenged by readily. oxidizable species such as the RCOO- groups and the remaining 
electrons reduce the colloidal substrate (a semiconductor mechanism). (h) photo
degradation of surface-located Fe(III)-OH groups. assisted by ·OH scavenging by citrate. 
and (c) a ligand to metal charge transfer (LMCT) process within surface-located Fe(III)
citrate groups resulting in oxidation of the ligand and the reduction of the Fe(III) metal 
center (a process equivalent to the well-documented homogeneous photolysiS of ferric 
citrate). Mechanism (h) was discarded because the surface-located Fe(III) hydroxo groups 
have been reported to absorb at conSiderably higher energy than that of the irradiating 
light used. but both (a) and (c) remain possibilities. All Iron oxides/hydroxides absorb 
strongly in the near-UV region (Sherman and Waite. 1985) thus excitation by solar 
radiation may generate electron-hole pairs by promotion of an electron from the valence 
to the conduction band. This process is depicted schematically In Figure 4. While e--h+ 
pair recombination appears to be rapid in iron oxides (Stramel and Thomas. 1986; Leland 
and Bard. 1987). hole transfer to sorbed species should be fast enough to ensure that 
some degree of oxidation takes place at the oxide surface. Electrons remaining at the 
surface after removal of holes have been shown to possess lifetimes of the order of 
milliseconds (Frese and Kennedy. 1983) and may reduce sorbed oxygen or may 
reductively dissolve the solid. 

The photooxidation of oxalate. sulphite. and iodide by iron oxides with concomitant 
release of Fe(II) has been described by Leland and Bard (1987) in terms of a 
semiconductor mechanism although differences In the rates of photooxidation between 
the various Iron oxide phases appeared to be due to intrinsic differences in crystal and 
surface structure rather than differences In surface area or band gap. Faust and 
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Figure 4. One possible scheme for semiconductor photochemistry. where e- and 
h+ are electrons and holes respectively and VB and CB represent the 
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products. Scavenging of h+ may generate excess e- in the solid. leading 
to reductive photodlssolution of the crystal (Reproduced from Zafiriou 
et al.. 1984). 

Hoffmann (1986) also investigated the photodissolution of hematite in the presence of 
sulphite and observed a significant increase in the Fe(II)aq quantum yield at 367 nm. the 
peak wavelength of the aqueous phase Fe(IIl)-S(IV) complex LMCT band. Given that the 
LMCT band of any surface Fe(IIl)-S(IV) complex is likely to occur at a similar wavelength. 
photO-induced charge transfer within the surface-located complex provides the Simplest 
explanation consistent with experimental results. but reductive dissolution as a 
consequence of direct excitation of the bulk solid cannot be discounted. A conceptual 
model of the iron redox chemistry in hematite suspensions containing S(IV) is shown in 
Figure 5. Litter and Blesa (1988) concluded that a semiconductor mechanism reasonably 
accounted for the photodissolution of maghemite (y-Fe203) in the presence of 
ethylenediaminetetraacetic acid (EDTA) but found that EDTA oxidation also occurred only 
when surface-located EDTA-Fe(II1) LMCT bands were excited. There is evidence also that. 
in some cases. solution phase photoprocesses may play an important role in dissolution 
of metal Oxides/hydroxides. Thus. Cornell and Schindler (1987) observed an initial slow 
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Figure 5. Conceptual model of Iron redox chemistry In hematite suspensions 
containing S(IV) (Reproduced from Faust and Hoffmann. 1986). 

release of soluble iron In the presence of oxalic acid (an important component 
of soils and sediments) followed by a much faster reaction. These authors propose a two
stage reaction: (a) comparatively slow release of Fe (III) through complexation by adsorbed 
oxalate. and (b) a faster. secondary. reductive dissolution step involving electron transfer 
from readsorbed Fe(1I) (present at the oxide surface as ferrous oxalate) which is formed 
principally as a result of solution phase photoreduction of ferric oxalate. A schematic 
outline of the proposed mechanism of the fast reductive dissolution step Is shown in 
Figure 6. 

Although the role of oxidizable sorbents In the primary light absorption process 
appears to depend very much on the particular situation. the nature of these agents and 
the quantity sorbed at the particle surface will clearly be Critical In determining the rate 
and extent of photoreduction of solid matrix metal Ion. Once reduced. the tendency for 
metal speCies to be released to solution will depend. In part. on the nature of the oxide. 
(Leland and Bard. 1987; Waite and Torikov. 1987). For example. lepldocrocite would be 
expected (and Is typically obseIVed) to be more reactive than goethite because. unlike 
goethite. it has a relatively open layer structure consisting of sheets of Fe(O.OH)6 
octahedra held together by hydrogen bonds resulting in a greater proportion of metal 
atoms in active sites. I.e. sites having fewer structural bonds at the edges of the sheets 

Figure 6. 
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(Cornell and Schindler. 1987). The suspension pH will also exert a strong influence on 
the release. or otherwise. of reduced metal ions from the solid with an increasing 
tendency (in the absence of strong reduced metal ion ligands in solution) for ferrous and 
manganous ions to be retained at the respective oxide surfaces as the pH increases. The 
effect on dissolution rate of the increasing affinity of cationic species for increasingly 
negative surfaces as suspension pH is raised is clearly shown in the results of studies 
into the photoassisted dissolution of a colloidal manganese oxide in the presence of fulvic 
acid (Figure 7). 

Abiotic Nitrogen Reduction 

As indicated above. photolysis of semiconducting metal oxides with light of energy 
greater than the oxide band gap should result in hole-induced oxidation of adsorbed 
species with concomitant reduction reactions. Thus. a number of reports of N2 reduction 
to NH3 when Ti02 based catalysts dispersed in water are irradiated With UV light are 
documented in the literature (Schrauzer and Guth. 1977; Miyama et al.. 1980; Schrauzer 
et a!.. 1983; Grayer and Halmann. 1984). Of far greater significance to natural water 
chemistry is the recent report by Tennakone et al. (1987) that photolysis of an aqueous 
suspension of hydrous ferric oxide [Fe203(H20)nJ With visible light resulted in photo
reduction of N2 to NH3 with concomitant oxidation of water. Tennakone et a!. (1987) 
conSider that the catalytic activity of the amorphous iron oxyhydroxide originates from its 
strongly negative flat band potential and chemisorption of N2 with associated weakening 
of the N-N bond. 
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The reactions of the photogene rated electrons and holes are summarized in 
equations (1) and (2). 

N2 + 6H+ + 6e- - 2NH3 (1) 

(2) 

Tennakoneet aI. (1987) found the molar ratio of the yield of NH3 to 02 from samples 
irradiated for a short period of time (10-20 minutes) to be in approximate agreement with 
the stoichiometric value (NH3:02=1:0.75) expected from the above equations. Kinetically. 
reaction (1) is favoured by a low pH. however. the highly negative flat band 
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potential needed for nitrogen reduction is realized only under alkaline conditions. The 
variation of the reaction rate with pH. 1.e. existence of an optimal pH as shown in Figure 
8a. appeared to be caused by the above effect. 

Interestingly. these authors found that other iron oxides such as hematite do not 
possess the ability to photoreduce N2 or H20. presumably because of less negative flat 
band potentials (see Figure 8b). The ability of the amorphous iron oxide to catalyse the 
reduction of nitrogen was also found to be lower in the presence of trace quantities of 
nitrate which shifted the flat band potential for this oxide in the positive direction. The 
cataIytic activity of the amorphous iron oxide seemed to depend on the high degree of 
hydration as any attempt to dry the catalyst (even freeze drying) denatured it completely. 

Hydrogen Peroxide Production 

Hydrogen peroxide. H202. is one of the most powerful oxidants now recognized to be 
present in natural waters. Concentrations as high as 60 11M for rainwater and 250 11M for 
cloudwater samples have been reported (Richards et aI.. 1983; Kelly et aI.. 1985; Zlka et 
al .• 1982). Peroxide concentrations in the range 10-300 nM are more typical for surface 
marine waters (Zlka et al .• 1985) and low micromolar concentrations of H202 have been 
reported for freshwaters (Cooper and Zika. 1983; Draper and Crosby. 1983). Although 
some blue-green algae have been observed to produce hydrogen peroxide (Stevens et aI.. 
1973). the major pathway for production ofH202 in natural waters appears to involve the 
photooxldation of natural organic matter with initial formation of the superoxide radical 
anion (or its conjugate acid. the hydroperoxyl radical) and subsequent disproportionation 
of this intermediate to hydrogen peroxide (Petasne and Zlka. 1987; zepp et aI.. 1987). 
The scavenging by water droplets of H02' radicals produced in the gas phase also appears 
to be an important mode of H202 generation in cloudwater droplets (Graedel and 
Goldberg. 1983). 

In addition to the pathways for hydrogen peroxide formation mentioned above. 
several other mechanisms are possible. Hoffmann and coworkers (Bahnemann et al .. 
1987; Kormann et aI.. 1988) report that near-UV illumination of aqueous suspensions of 
ZnO. Ti02 and desert sand in the presence of 02 and organic electron donors results in 
the formation of H202. This production pathway is considered to be of particular 
signlflcance in atmospheriC aerosols for which iron. titanium and zinc are amongst the 
most abundant metals detected in ambient samples and for which organicaliy mediated 
pathways are likely to be less important (Bahnemann et aI.. 1987). 

A semiconducting mechanism identical to that deSCribed above has been proposed 
to account for the observed production of H202. As previously deSCribed. photolysis of 
the semiconducting metal oxide with light of energy above the band gap energy generally 
leads to the formation of an electron-hole pair in the semiconducting particle. H202 can 
be formed via two dlfIerent pathways in an aerated aqueous solution provided that e- and 
h+ are generated: 

(3) 

(4) 

Appreciable yields of hydrogen peroxide are detected only when appropriate electron 
donors. D. are added before illumination. The electron donor. D. which must be adsorbed 
on the particle surface. reacts with a valence band hole as follows: 

D+h+ ~ D+ (5) 

Electron donors bound to the surface of the semiconductor particles interfere with 
e--h+ recombination allowing conduction band electrons to react with molecular oxygen 
via reaction (3). 

Kormann et ai. (1988) obtained steady-state concentrations of H202 in excess of 
100 11M on illumination of suspensions of ZnO and report quantum yields for peroxide 
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formation of ca. 15% at 330 nm. On the other hand. only low hydrogen peroxide 
concentrations were found In illuminated Ti02 suspensions. presumably because of the 
high stability of Ti-peroxo complexes. Hydrogen peroxide formed on the Ti02 surface Is 
not readily released and is thus more susceptible to degradation processes at the particle 
surface. Desert sand suspensions exhibited photochemical behaviour similar to that of 
Ti02 and ZnO although thermal degradation of H2~ appeared to be relatively rapid. 
possibly as a result of a "Fenton-type" reaction between H202 and Fe(Il) present In the 
desert sand. 

HETEROGENEOUS PHOTOCHEMICAL TREATMENT OF WATERS AND WASTES 

Oxidative Degradation of Toxic Substances 

Kinetic and Mechanistic Aspects of Degradation Processes. One of the most 
potentially useful applications of semiconducting particles is In the well-documented 
photocatalyzed degradation of toxic substances In waters and wastes (Pelizzetti and 
Serpone. 1986). Essential aspects of this process are aptly demonstrated by the results 
of studies by Ollis and coworkers on the degradation of a series of chloro and bromo 
hydrocarbons. including the ubiquitous. carcinogenic water contaminants 
trichloromethane (chloroform) and trichloroethylene (TCE). In the presence of a Ti02 
catalyst (Pruden and Ollis. 1983; HSiao et al .. 1983; Ahmed and Ollis. 1984; Ollis. 1985). 
As shown In Figure 9. degradation is only observed In the presence of both illumination 
plus catalyst. In the case of the chlorohydrocarbons. complete mineralization to C02 and 
HCI was observed. with stoichiometric formation of chlOride Ion. For the photocatalyzed 
degradation of TCE. the overall stOichiometry for the reaction can be written as follows: 
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(6) 

For all halogenated hydrocarbons examined. Ollis and coworkers found the initial rate of 
reaction vs. reactant concentration to be satisfactorily modelled by a Langmulrtan 
sorption process followed by a slow surface reaction step. In this case. the rate of 
reaction Is proportional to the coverage of the surface. 9x • by an adsorbed intermediate. x: 

rate = k.9x 

where 9x Is giVen by the Langmuir Isotherm: 

9x=~ 
1 + K.c 

(7) 

(8) 

where c Is the solution reactant concentration and K Is the apparent binding constant of 
the intermediate on the illuminated catalyst. 

In addition to the photodegradation of halogenated aliphatics. many other toxic or 
otherwise problematic organic compounds for which biodegradation and bloel1m1nation 
through bacterial processes Is slow may be rapidly photodegraded in the presence of 
semiconductor-based catalysts. Details of the photocatalyzed degradation of a wide range 
of aromatic compounds have been reported including phenol (Okamato et al.. 1985). 
polychlOrinated biphenyl (Carey et al .. 1976). chlorobenzene (Oliver et al.. 1979). and 
chlorophenols (Barbenl et al .• 1984; Matthews. 1986 and 1987; Bonhomme and Lemaire. 
1986; and Plchat. 1987). These simple compounds are typically mineralized completely 
via a range of intermediate products. For example. the intermediates hydroquinone. 
pyrocatechol. 1.2.4-benzenetrtol. pyrogallol. and 2-hydroxy-l.4-benzoquinone are initially 
formed in the initial stages of photolYSiS of phenol but are further oxidized via acids 
and/or aldehydes to C02 and H20. The surfactant sodium dodecylbenzenesulphonate 
(DBS) has also been shown to degrade on Ulumination In the presence of titanium dioxide 
particles with the aromatic group (and the surfactant behaviour) decaying within one 
hour under exposure to sunlight and the long aliphatic chain undergoing oxidation more 
slowly (Hidaka et aI.. 1986). Draper and Crosby (1987) report that the widely used 
herbiCides molinate (S-ethyl hexahydro-1H-azepine-l-carbothloate) and thlobencarb (8[(4-
chlorophenyl)]methyl-N.N-dlethylcarbamothloate) are degraded rapidly in sunlight
irradiated suspensions of TI02 and ZnO. with ZnO exhibiting particularly high activity 
(Figure 10). A range of relatively stable oxidation products were detected by gas 
chromatography/mass spectrometry. but none perSisted and none are presently 
recognized as long term hazards. 

37 



Although reaction mechanisms are case specific, the photocatalyzed mineralization 
of sorbed species appears to occur generally via the hydroxyl radical, ·OH. For example, 
the degradation of TeE, which occurs via the intermediate dichloroacetaldehyde 
(CI2HCCHO), Is satisfactorily deSCribed by the reaction scheme shown in Figure 11. The 
dichloroacetaldehyde (DCA) Is most likely decomposed by further reaction with hydroxyl 
radicals (Pruden and Ollis, 1983). In many cases it is likely that H202 will also be formed 
via reduction of sorbed oxygen by photogenerated electrons. There are suggestions that 
the resultant peroxide could undergo further reduction to ·OH which may then partiCipate 
in the oxidation process (Okamoto et aI., 1986). 
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In addition to the possibllities for degradation of organic pollutants In waters and 
wastes. some consideration has been given to the use of photolyzed semiconductor 
suspensions In the oxidation of inorganic contaminants. Particular attention has been 
given to the oxidation of cyanide. CN-. to the less toxic forms of cyanate. OCN-. and 
thiocyanate. SCN- (Serpone et al.. 1988). Thus. Frank and Bard (1977a and b) 
demonstrated the transformation of CN- to OCN- In anatase suspensions using xenon arc 
lamp irradiation (obtaining quantum efficiencies ca. 60/0) while Borgarello et al. (1986) 
obtained high quantum efficiencies (>250/0) for the conversion of CN- to SCN- on 
photolysis of Rh-Ioaded CdS dispersions with visible light. It has been suggested that 
these photocatalytic methods have particular potential In the treatment of wastes 
containing high concentrations of cyanide such as those generated In coal gasification. 
electroplating and gold processing (Serpone et al.. 1988). 

Economic Aspects. It is clear from the above discussion and the numerous 
examples presented. that heterogeneous photocatalysis represents a powerful method for 
the degradation of a wide range of toxic or otherwise troublesome water contaminants. 

However. to assess the commercial potential of this apparently general process for 
water decontamination and water purification more fully. further studies of its abllity to 
degrade complex. multicomponent wastes are needed. Considerable attention also needs 
to be devoted to reactor and process design with factors such as reactor type (e.g. batch 
us. continuous) and illumination configuration clearly being critical. In addition. 
economic analyses are needed in which established technologies for contaminant removal 
are compared with heterogeneous photocatalysis and other emerging technologies of 
potentially similar advantage. An analysis of this type has been presented by Ollis (1987) 
in a comparison of processes suitable for the removal of a nonvolatile hazardous organic 
contaminant from waters; aspects of this analysis are presented below. 

Ollis (1988) notes that among existing water purification processes. the United 
States Environmental Protection Agency regards only air stripping (for removal of volatile 
contaminants) and carbon adsorption (for removal of volatile and nonvolatile 
contaminants) as the "most effective treatment technologies". a category indicating both a 
high level of water purification and wide generality. However. a key weakness of these 
techniques is that they are nondestructive technologies. Thus. air strippers convert a 
liqUid contamination problem Into an air pollution problem. and carbon adsorption 
produces a hazardous solid which. at least In the United States after 1988. cannot be 
landfilled. Consequently. pressure for elimination of the pollution hazard will lead 
continually away from nondestructive processes toward destructive ones which should. 
ideally. produce a totally harmless emuent. Strategically then. heterogeneous 
photocatalysis will have as competition for new process development those processes 
which utilize a chemically destructive approach. The major processes of Interest in this 
category. in addition to heterogeneous photocatalysis. are those of photolysis (UV 
illumination). ozone. UV-ozone and chlorine. Of these. only UV-ozone and photocatalytic 
processes can result In relatively rapid. complete destruction of most nonvolatile 
contaminants (Ollis. 1988). 

Table 1. Operating Costs ($/thousand gallons) of Plants of Increasing Size 
(Megagallons/Day) for Treatment of a Waste Containing 50 ppb 
Polychlortnated Biphenyl (emuent < Ippb ) Using Either Carbon Adsorption. 
UV Ozonation. or Heterogeneous Photocatalysis (Reproduced from Ollis. 1988) 

Plant Size 0.029 0.058 0.115 0.23 0.46 0.92 2.44 

Carbon 4.40 3.05 2.40 1.80 1.50 1.25 1.10 

UV-Ozone 7.34 4.77 3.57 2.78 2.39 2.16 1.78 

UV-Photocatal. 5.56 3.57 2.46 1.81 1.43 1.31 1.13 
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Details of the analysis undertaken by Ollis (1988) cannot be presented here, but 
the final summary of operating costs obtained for treatment of a waste containing a 
polychlorinated biphenyl (PCB) (feed = 50 ppb, effiuent < 1 ppb) using carbon adsorption, 
UV -ozonation and heterogeneous photocatalysis are shown In Table 1 and Indicate that, 
over most process scales conSidered, the photocatalytic process is competitive with 
carbon. While it must be stressed that many simplifying assumptions have been made In 
this analysis by Ollis, the results are encouraging and certainly validate the continuation 
of research In this area. 

Heavy Metals Precipitation 

The light -assisted preCipitation of metals onto semiconducting particles has recently 
been reported and the possibility of using semiconductor-catalyzed processes In the 
removal of toxic metals from waste streams has been suggested, as has the possibility of 
using these processes In the selective concentration and separation of precious metals 
(Serpone et al., 1987). For example. Tanaka et al. (1986) report that on illumination of a 
pt-loaded TI02 suspension containing one millimolar Pb2+, the Pb2+ concentration in 
solution decreased by 86% in 15 minutes (no significant loss of Pb2+ occurred on this 
time-scale In the dark or in the absence of Ti02). The proportion of Pb2+ removed was 
found to decrease on deoxygenation of the suspension. Based on these observations, 
Tanaka et aI. (1986) suggest that the metal ions are oxidized by holes generated on 
illumination with a possible oxidizing contribution from superoxide arising from the 
reduction of sorbed oxygen by trapped electrons at the particle surface; 

i.e. 

or 

Pb2+ + 2H20 + 2h+ -- Pb02 + 4H+ 

Pb2+ + 202- --.. Pb02 + 02 

(9) 

(10) 

(ll) 

(12) 

When metal-free TI02 was used In place of pt-loaded Ti02, PbO was deposited instead of 
Pb02, though the effiCiency of the deposition was much smaller than in the presence of 
pt-loaded TI02. It thus appears that the interaction of Pb2+ with 02- radical occurs 
predominantly by reaction (12). 

Tanaka et aI. (1986) also found that Hg2+ was effiCiently eliminated from a 10-4 M 
Hg2+ solution with 76% and 83% deposited onto TI02 and TI02/pt respectively. The 
proportion of Hg2+ deposited In each case increased slightly on deoxygenation. From 
these results and its redox potential (EO(Hg2+/Hg"1 = 0.851 V vs. NHE). it is reasonable to 
consider that Hg2+ is reduced by the electron from the conduction band and water is 
oxidized by the positive hole. This consideration is supported by the observation that 
oxygen evolved as Hg2+ was deposited (Tanaka et aI., 1986). A similar mechanism has 
been proposed by Domenech and Prieto (1986) to account for the precipitation of Cuo on 
ZnO particles on photolysis of a suspension containing Cu2+. These workers consider 
that this photocatalyzed reduction process exhibits real potential as a future waste 
treatment method. 

CONCLUSIONS 

There is an extensive literature on photoprocesses In natural waters and 
application of photo processes to the treatment of waters and wastes. Recent studies have 
yielded considerable insight into the range of light-drtven processes that occur in the 
natural aquatic environment or that result in degradation of toxic or troublesome 
substances in waters and wastes. In addition, detailed laboratory studies in simple. well
defmed systems have provided information on the likely kinetics and mechanism of 
photoprocesses in complex natural waters and wastes. Particular attention has been 

40 



devoted In this chapter to heterogeneous photoprocesses which are obseIVed In, or may 
have significance for, the natural aquatic enVironment. 

The photoinduced or photoassisted dissolution of tron and manganese oxides in 
natural waters is now well documented and may have considerable implications for 
certain systems. either because of the alteration In the ability of these oxides to scavenge 
toxic (e.g. trace metals or organic compounds) or otherwise troublesome (e.g. phosphorus) 
species or because of the increased supply of the potentially limiting nutrients iron and 
manganese to the biota. The photodissolution of metal oxides In natural waters is a 
multistep process involving a sequence of surface reactions including, typically, 
adsorption of naturally occurring organic compounds, electron transfer processes at the 
particle surface and release of oxidised and reduced species to solution. The nature of 
the primary chromophore Is unclear at this stage but may Involve absorption by either 
the solid oxide (a semiconductor mechanism). the adsorbed surface species or both. 
Abiotic reduction of nitrogen and formation of hydrogen peroxide have also been obseIVed 
on photolysis of aqueous suspensions of semiconducting metal oxides and there have 
been suggestions that these processes may be important In certain aquatic enVironments. 

Widespread interest has been shown In the possibility of using semiconducting 
particles In the degradation of toxic or troublesome organic compounds such as 
herbicides, pesticides and surfactants. Heterogeneous photocatalytic degradation of 
wastes Is particularly attractive because of the effiCiency with which it can degrade 
organic species to harmless inorganic components (i.e. complete mineralization can be 
obtained) using relatively Inexpensive, easily handled reagents such as titanium dioxide. 
Economic analysis of the heterogeneous photocatalysis option Indicates that treatment 
costs are likely to be similar to the costs associated with carbon adsorption though 
considerably more Information on the effectiveness of this process In treating complex, 
multicomponent wastes is needed. The possibility of using semiconducting particles In 
the photoinduced removal of trace elements such as lead, copper and mercury from 
wastes has also been raised. 
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KINETICS AND MECHANISMS OF 

IRON COLLOID AGGREGATION IN ESTUARIES 
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INTRODUCTION 

Estuaries play an important role in determining the flux of riverbome constituents 
reaching the ocean owing to their unique physico-chemical properties. They are 
particularly important in effecting changes in the physical and chemical forms of different 
substances present in freshwater flows. Many natural constituents of river waters are 
collOidal in nature. and therefore may undergo salt-induced aggregation processes within 
estuaries. Two major components of riverine colloidal matter are organic humic and 
fulvic acids. and oXides of iron. This "brew" is (at least superficially) similar to proprietary 
flocculating mixtures used in water and waste stream treatment processes. Thus the 
study of natural aggregation in estuaries is complementary to an understanding of colloid 
behaviour in water treatment. 

The iron-containing collOids in natural freshwaters are important support phases 
for many other dissolved chemical components. In particular. they are able to sequester 
many surface-active organic pollutants such as chlOrinated pesticides. solvents. 
polynuclear aromatic hydrocarbons. plasticizers and detergents. An understanding of the 
geochemical behaviour of the collOids is therefore important in the assessment of waste 
water impacts on the aquatic environment. Aggregation of a colloid support phase in the 
saline zone of an estuary prOvides a mechanism for transfer of pollutants to sediments 
and an entry point to the food chain. 

Iron-containing colloids in river and estuarine waters are conventionally separated 
from larger. filterable particles by membrane filtration. typically using 0.4-0.5 micron 
pore size filters. This operational procedure. while somewhat arbitrary in nature. is 
widely used for water quality analysis. The analytical amount of iron passing through 
such a filter is called "dissolved iron". and is known to exist mostly in the form of colloidal 
iron(III) oxides stabilized by association with humic substances (ShapirO. 1964; 
Sholkovitz. 1976; Moore et al.. 1979). 

Typical concentrations of dissolved iron collOids in river waters are in the range 1-
10 J.!mol/L expressed as Fe. By comparison. the concentrations of iron in seawater are 
extremely low. Thus In an estuary. where the salinity increases from a few mg/L at the 
river end of the estuary to the seawater value of about 35 giL. dissolved iron 
concentrations decrease steadily as river water Is progressively diluted by seawater. 

Figure 1 shows a typical profile of dissolved Fe as a function of salinity for the 
Taleri Estuary In New Zealand. The marked downward curvature of the profile as salinity 
increases Indicates that as seaward mixing progresses. the amount of dissolved iron is 
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rapidly decreased. This behaviour is well documented and is an almost universal feature 
of estuarine mlxing (Coonley et aI.. 1971; Windom et aI.. 1971; Bewers et aI.. 1974; 
Holliday and Liss. 1976; Boyle et aI.. 1977; Sholkovitz et al .. 1978; Hunter. 1983). 

During mixing of riverwater and seawater. riverine iron colloids are destabilized by 
Increasing concentrations of seawater major Ions and undergo aggregation through 
Interparilcle collisions (Sholkovltz. 1976; Eckert and Sholkovitz. 1976). This growth In 
pariicle size leads to a diminishing fraction of the collOidal size spectrum In the 
"dissolved" fraction size range. 

LABORATORY MIXING STUDIES 

LaboratoI)' studies In which river water and seawater are directly mixed In 
different proportions have been carried out. These generally show that aggregation takes 
place at variable rates depending on salinity and the time scale of observation (Mayer. 
1982; Fox and Wofsy. 1983; Matsunaga et al .. 1984. Hunter and Leonard. 1988). Typical 
results for such experiments are presented In Figure 2. where the fraction of dissolved 
iron in Taleri River water aggregated after Increasing salinity to different values are 
plotted as a function of time. 

These results show that a Significant fraction of dissolved Iron is aggregated more 
or less immediately after salt is added. This is followed by a steadily decreasing rate of 
aggregate formation over longer time scales. reaching a plateau after 40-100 min 
depending on salinity. Both the maximum amount of Iron aggregated in the plateau 
region. and the amount aggregated initially. Increase with salinity. 

The variable rates of aggregation observed In the laboratory studies. and the 
dependence of these rates on salinity. complicate a kinetic analysis of the process 
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Figure 2. Fraction of Taieri River dissolved iron aggregated as a function of time 
after mixing with seawater. Final salinities (gIL): 2.5 (triangles). lO.O 
(crosses) and 15.0 (circles) (Data from Hunter and Leonard (1988)) 

through this kind of rate experiment. Nonetheless. Mayer (1982) and Fox and Wofsy 
(1983) have suggested that second-order kinetics can be used to describe at least part of 
the process after the rapid initial step. and have used this to develop a quantitative model 
of iron fluxes in estuaries. 

VALIDITY OF SECOND-QRDER KINETIC MODELS 

The use of a second-order model Is based principally on the belief that most of the 
colloid aggregation takes place through Brownian collisions. a second-order process. 
Strictly speaking. it is of more fundamental Interest to focus on the kinetics of 
interparticle collision in terms of particle number. rather than dissolved Fe concentration. 
which is the sum of the mass of iron contained In all particles less than the pore size of 
the filter. Mayer (1982) has presented theoretical grounds for expecting second-order 
particle number kinetics from Brownian aggregation to translate Into second-order 
removal of dissolved Iron. In more general terms. this correspondence is expected for any 
self-preserving particle size spectrum (e.g. Hldy. 1965). but is probably an 
oversimplification of the real situation (Farley and Morel. 1986). 

Hunter and Leonard (1988) have suggested that the use of second-order and 
related models has been somewhat overstated. They point out that experimental artifacts 
are present In much of the published work because the unstable colloids in river water 
aggregate considerably before salt addition experiments are begun. changing the 
subsequent kinetics. They argue that in general. interparticle collision rates depend on 
both the particle size spectrum and particle number concentrations. and are a 
combination of different collision-prodUCing mechanisms: Brownian motion. shear 
effects. and differential settling. Most importantly. however. a kinetic analysis based on 
likely collision models is rendered invalid if the effiCiency of collisional encounter is not 
constant. i.e. if the stabilities of the collOid particles are not uniform. In a natural system 
such as river water. it is very likely that the surface chemical and electrical properties 
determining stability are variable. Indeed. theoretical work suggests that stability also 
depends on particle size (Overbeek. 1977) and is affected by variations In particle size and 
surface charge In polydisperse. mixed suspensions (Prieve and Lin. 1982). 
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EFFECTS OF ELECTROLYTE ON COLLOID STABILITY 

Theories of colloid stability indicate that the effect of electrolyte on colloid 
aggregation may be divided into two concentration regimes (Overbeek. 1977). At low 
electrolyte concentration, interparticle electrostatic repulsion is promoted by the 
establishment of an electrical diffuse layer of ions surrounding each particle. As 
electrolyte concentration increases. this diffuse layer shrtnks closer to the particle 
surface until the electrostatic barrier to close particle encounters disappears. When 
electrostatic repulsion is Important. the emciency of interparticle colliSiOns in leading to 
aggregation is much less than 100% and is a sensitive function of electrolyte 
concentration (Ottewill and Shaw. 1965). In contrast, at high electrolyte concentration 
most collisions lead to aggregation and the aggregation kinetics become independent of 
electrolyte concentration (Overbeek, 1977). 

For a purely electrostatically stabilized colloid, very little seawater is required to 
initiate aggregation with 100% collisional emclency (at a salinity of 3 giL, the Debye
Huckel double layer thickness is reduced to only about 1 nm). However the stability of 
iron collOids is dramatically increased through the steric stabilisation afforded by the 
presence of adsorbed organics (Napper, 1977). e.g. humic acids (Smith and Milne. 1981). 
It follows that the stability of riverine collOids is expected to be dependent on both 
electrolyte composition and the nature of the collOid surface. including adsorbed organics. 

The appearance of a very rapid initial aggregation suggests that an Important 
fraction of the dissolved iron is very unstable with regard to saIt-induced aggregation. 
Hunter and Leonard (1988) have suggested that this is a consequence of complete. or 
nearly complete, electrolyte destabilisation of the collOids by the added seawater. They 
also suggest that the increasing fraction of iron removed as salinity increases suggests 
that there is a spectrum of inherent colloid stabilities in the particle population, with 
increasing numbers brought into the highly unstable regime as more salt is added. At 
the same time as this occurs, more stable collOids are aggregated at progressively lower 
rates over the observed time scales of several hours. Such a spectrum of particle 
stabilities may be regulated by particle size, shape or surface electrical properties (Prieve 
and Lin, 1982), or by differtng degrees of stabilisation conferred by association with 
humic acids and specifically adsorbed ions (Hunter and Liss. 1979. 1982). 

If this reasoning is correct, then a kinetic analysis of aggregation experiments in 
tenns of simple collision models is ruled out by the changing stability ratios of the 
particles. 

THE IMPORTANCE OF LARGE PARTICLES 

Large particles, similar to or larger in size that the filter used to separate the 
dissolved and filterable fractions. are known to be essential to the aggregation process. 
Figure 3 shows a comparison of the amount of "dissolved" iron aggregated from river 
water by addition of seawater with the same river water after all the filterable particles 
have been first removed. Prior removal of filterable particles causes a very large decrease 
in the rate and extent of iron aggregation, showing that the majority of collisions that 
remove collOidal iron-containing particles involve large particles. Hunter and Leonard 
(1988) have presented a Simple statistical model of the aggregation process which 
accounts for this fmding. 

DYNAMIC MIXING STUDIES 

In the laboratory studies described so far, seawater is added directly to the 
rivertne collOid suspension at the start of the experiment. This may bring some of the 
colloids into a salt-induced regime of instability that they would not experience in real 
estuaries. In real estuaries. river water and seawater seldom mix together directly as 
endmembers. Rather. mixing takes place in a continuous manner that may be 
apprOximated by a series of water types. each of which has a salinity close to that of its 
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Figure 3. Fraction of river water dissolved iron aggregated as a function of time 
after addition of seawater with and without prefiltraUon of river water. 
Open squares - no prefiltratIon; Open circles - prefiltered with 
Whatman GF/F. Final salinity 7.0 gIL, river water from Leith River, 
Dunedin (Data from Hunter and Leonard (1988)) 

neighbours. If the mixing time is sufficiently long, many of the low-stability colloids will 
be removed from the spectrum at low salinities. This prior removal would mean that 
there would be a different particle population undergoing aggregation at a given salinity 
from that being aggregated in the laboratory simulation where the salt addition Is 
instantaneous. 

The rapid initial aggregation suggests that collOid aggregation in estuartes is 
dependent on the history of freshwater I seawater mixing. Accordingly, laboratory studies 
in which salt is gradually added to river water, as described Originally by Smith and 
Longmore (1980), are a more realistic way of studying this process. This type of dynamic 
mixing study has been considerably refined by Bale and MOrris (1981). These authors 
use a series of tanks interconnected with two-way pumps. Seawater is pumped into the 
"rightmost" tank and river water into the "leftmost" tank The intermediate tanks then 
become filled with dynamic steady-state mixtures of river and seawater whose 
compositions depend on pumping rates and the composition of the neighbouring tanks. 
The apparatus is esentially a physical version of a mulU-box numerical model for an 
estuary. 

Hunter et al. (1990) have used a much simpler expertmental arrangement to 
investigate the kinetics of aggregation under dynamic conditions. These authors used a 
single continuous-flow reactor containing fresh river water into which seawater was 
pumped at a known rate to gradually increase the salinity. The overflow from the 
constant-volume reservoir was filtered and analysed for dissolved iron. 

Typical iron-salinity profiles for Taleri River water and seawater mixed at flow 
rates corresponding to reSidence times in the reactor of between 490 and 65 min are 
presented in Figure 4. The dissolved iron-salinity dependence is Similar to that observed 
in field studies (e.g. Figure I), showing that the same kind of aggregation process takes 
place in the laboratory reactor as in nature. Interestingly, Carpenter and Smith (1986) 
have found the same results using a synthetic river water collOid prepared from 
amorphous iron oxide and humic acid. 

CATIONS RESPONSmLE FOR AGGREGATION 

Experiments using synthetic salt solutions in place of the seawater show that the 
aggregation process is Initiated principally by divalent cations in the saline mixing 
endmember, principally calcium and magnesium ions. While this is suggested by the 
classical Schultz-Hardy rule, calcium ions are about 5 times as effective as magnesium 
ions on a per mole basis, showing that the process giving rise to destabilisation of the 
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colloids is not purely electrostatic in nature. Hunter et al. (1990) suggest that colloid 
de stabilisation takes place principally through cation bridging of particles by Ions such as 
calcium. 

KINETIC MODEL FOR DYNAMIC MIXING 

IntUitively. one expects the kinetics of aggregation under the dynamic conditions 
of seawater-river water mixing In the reactor to be complex owing to the effects of 
changing salinity. dilution and other factors. It is therefore remarkable to find that the 
results can be described by a relatively simple kinetic law (Hunter et al.. 1990). 

At a constant flow rate v of seawater into the reactor vessel (volume V). the time 
rate of salinity increase Is given by the first-order law 

dS/dt = (v/V)(So - S) ( 1) 

where S Is salinity. So is the seawater endmember salinity and the salinity of the river 
water has been approximated to zero for Simplicity. The change In iron concentration due 
simply to dilution by the added seawater Is 

-d[Fel/dt = ko[Fej (2) 

where ko = (v/V) is the first-order rate constant for dilution which may be determined 
either from separate measurement of v and V or from a logarithmic plot of the freshwater 
fraction against time. 

The overall decrease in dissolved Iron concentration in the reactor with time is 
made up of two contributions - the decrease caused by dilution with seawater. and the 
decrease from aggregation effects. A. 

-d[Fej/dt = ko[Fej + A (3) 

The aggregation rate A may be a function of salinity. the rate of salinity Increase. 
the rate of dilution. pH. and the concentrations of Iron and natural organic matter such 
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Figure 5. Kinetic plots according to equation (4) of model estuary data obtained 
using Leith River water and seawater endmembers (Data from Hunter 
et al. (1990)) 

as humic acid. The problem of mathematically treating the kinetic results obtained with 
the model estuary reactor is one of choosing an appropriate form for the aggregation term 
A that allows integration of equation (3). 

Hunter et al. (1990) argued that since the kinetics of aggregation in simple mixing 
studies were dominated. in rate terms. by the virtually instantaneous aggregation that 
results from complete destabilisation of some of the collOids. the rate term A could be 
approximated by a second-order expression independent of salinity. In this case. setting 
A = k2[Fe]2 allows integration of (3) to yield 

(4) 

where k2 is a pseudo second-order rate constant for aggregation that is independent of 
salinity and [Fe]R Is the initial river water filterable iron concentration. 

Figure 5 shows experimental data for a freshwater system. the Water of Leith. at a 
number of different seawater pumping rates. plotted according to equation (4). It Is seen 
that the data fit the equation quite well over the salinity range of the aggregation process. 

EFFECT OF SALINITY 

Figure 5 shows that the empirical rate constant for aggregation. k2. is not 
significantly affected by changes in salinity throughout most of the mixing range. The 
slopes of the kinetic plots do not significantly change with time whereas salinity does 
(equation (1)). Thus while salinity-dependent effects are observed in direct mixing of river 
water and seawater. they do not appear to be important when the two solutions are mixed 
together continuously. This implies that the collOids aggregating at any particular 
salinity must be already completely destabilized by the seawater electrolytes. i.e. fast 
coagulation (Ives. 1978). 

The main difference between the dynamic mixing experiments and those 
performed by batch mixing is that in dynamic mixing. the dominant aggregation process 
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is fast coagulation. whereas in the batch experiments where salinity is fIXed. only a 
fraction of the tron is aggregated in this way (Mayer. 1982; Hunter and Leonard. 1988) 
and the remainder undergoes aggregation at slower. salinity-dependent rates. The latter 
does not appear to be important in the model estuary because salinity is continuously 
increasing. bringing further colloids into the fast coagulation regime before a significant 
proportion has aggregated. 

EFFECT OF SEAWATER PUMPING RATE 

The dynamic mixing studies show that aggregation increases linearly with the 
pumping rate into the reactor (Hunter et al. 1987) and can be represented empirically by 

(5) 

where the constant k has a value of 0.5 L j.IlIlo}-l. This relationship is expected if the 
main aggregation process is fast coagulation. 

APPLICATION TO REAL ESTUARIES 

A relationship between dissolved iron and salinity can be derived from the 
dynamic mixing equation (4) by using the relationship between salinity and time to 
substitute for t 

(6) 

wheref= (So-S)/So is the freshwater fraction. 

The form of equation (6) implies that the dissolved iron-salinity proffie depends on 
the dimensionless parameter y = ~/ko[FelR. This suggests that in a simple estuary in 
which the rate of salinity increase is first-order. a steady-state dissolved iron-salinity 
profile will be developed which is independent of the rate of dilution. Figure 6 shows 
dissolved iron-salinity profiles calculated for various values of y. The profiles have the 
same shape as actual field data. with y values in the range 2 to 16 covering the range in 
curvature exhibited by most estuaries. 

Hunter et al. (1990) have demonstrated that equation (6) applies qUite well to field 
data. This impliCitly assumes that the rate of salinity increase is close to first-order. 
Figure 7 shows data plotted according to this equation for a number of estuaries in the 
USA, NZ and Australia. In spite of the assumptions involved. the agreement between 
model and field results is encouraging. 

CONCLUSIONS 

Iron colloids in any river water aggregate at different rates when salt is added. In 
a continuous-flow reactor where salt addition takes place continuously over time scales of 
hours for doubling of salinity. fast aggregation dominates removal of the tron. This leads 
to the development of an tron-salinity profile which is independent of the doubling time 
for salinity. This result is capable of explaining the observation that iron-salinity proffies 
reported for most estuaries are broadly similar in spite of large differences in their time 
scales of salinity change. Furthermore. the mathematical description of kinetics in the 
model estuary seems to apply quite well to this type of field data. and gives derived kinetic 
data (k2/ko) of a Similar magnitude to those measured in the laboratory. 

This conceptual model for iron aggregation is probably applicable to most estuaries. 
However. it would not necessarily apply to well-mixed estuaries having very long salinity 
doubling times. because in this case salinity-dependent aggregation effects. resuspension 
and shear processes might be more important. Work is now progressing on applying the 
conceptual approach to an understanding of other colloids in river systems. 
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IN RIVERS AND STREAMS 
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INTRODUCTION 

The collection of adequate data on suspended sediment transport in rivers is. for 
the most part. confmed to experimental and research activities. usually In relatively small 
catchments. By their very nature these are usually only for short time periods. In 
Australia there are no good records of suspended sediment transport available for any 
major river. There are a number of reasons for this state of affairs. Most suspended 
sediment transport occurs in aSSOCiation with the flood hydrograph and these are the 
most difficult events to mOnitor. No simple relationship exists between suspended 
sediment concentration and other measurable parameters such as discharge so that 
estimation of the transport rate for periods when no samples were taken is unreliable. 
Since the concentration of suspended sediment varies through the cross section of the 
flow. a single sample collected at one point does not necessarily yield a representative 
concentration. Measured concentration will also vary depending on the way in which a 
sample is collected so that specialised samplers are required. All these factors combine to 
make the collection of data which give a reliable measure of suspended sediment 
transport in the long term logistically difficult. time consuming and therefore expensive. 

A knowledge and understanding of suspended sediment generation and transport 
is of interest in a wide range of disciplines; agriculture. zoology. reservoir management. 
geomorphology and aquatic chemistry to name but a few. and the problems posed by the 
highly discontinuous nature of suspended sediment transport In time and space are 
common to all of them. In this paper three aspects will be considered; the generation of 
suspended sediment in relation to the flood hydrograph. the sampling problem and the 
composition of the suspended load. 

SUSPENDED SEDIMENT AND THE FLOOD HYDROGRAPH 

The velocities required to entrain suspended sediment are only reached by 
turbulent flow in open channels so that within a catchment the area contributing 
suspended sediment is confined to those parts of the catchment where such flows occur. 
The entrainment of sediment into the flow is assisted by raindrop impact which detaches 
smaller particles from otherwise stable aggregates thus facilitating erosion (Moss et a!.. 
1979). 

Flow of the required velocity occurs in stream channels at all stages of discharge 
though sediment transport is limited by t.he availabiliiy of suitable material and by bed 
armouring. At low discharge levels. during periods of baseflow. most streams transport 

57 



sediment at rates well below their capacity. Increases in discharge associated with flood 
hydrographs are invariably accompanled by sharp increases in sediment concentration 
(Figure 11. usually from very low and stable preexisting levels. The Increased depth of 
flow in the channel causes the inundation of those parts of the channel bed and banks 
where sediment is available for transport; during floods there Is an extension of the 
actively flowing channel network (Blyth and Rodda, 1973) and surface runoff is also 
generated on the catchment slopes. 

The generation of surface runoff outside the channel Is a complex process. Two 
basic models are used to define runoff contributing areas. The first derives from the work 
of Horton (1933) where runoff occurs when rainfall Intensity exceeds the Inf1ltratlon 
capacity of the soil. This Is known as Infiltration excess overland flow and can, in theory 
at least, occur anywhere within the catchment. Conceptual models based on Horton's 
work have generally ignored the spatial variability he ascribed to this process and have 
assumed that runoff will be generated over the whole catchment at a rate determined by 
the excess of rainfall over catchment loss. While this approach Is adequate for 
generalised runoff prediction models, It does not adequately reflect what really happens in 
most catchments and therefore has little value in defining source areas of sediment 
except perhaps in some areas of bare cultivated soils. 

Experience over the past 20 years or so has shown that the partial contributing 
area model (Betson, 1964) provides a more realistic model of runoff generation, and also a 
tool for analysing source areas of suspended sediment (e.g. Finlayson, 1977). In this 
model runoff generation Is governed by available storage capacity in the soil. When the 
soil mOisture store Is full, no further water can enter and additional rainfall becomes 
overland flow, irrespective of intensity. Partial contributing areas in a catchment consist 
of stream channels and areas of concave contour curvature where flow lines converge. 

Recent work by O'Loughlin (1986) and others has shown that it is possible to 
predict partial contributing areas using a topographic model. The influence of many of 
the variables involved in runoff and sediment production, such as soil erodibility, rainfall 
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Figure 1. Variations In suspended sediment concentration during the passage of 
a flood peak at Myrtle Creek No 1, Victoria. Sediment concentration 
derived from a continuous recording turbidity meter. Discharge data 
supplied by the Melbourne and Metropolitan Board of Works. 
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Figure 2. Definition sketches for partial catchment areas in the O'Loughlin 
topographic model (Source: O'Loughlin, 1986). 

erosivity, cover and slope, is known from plot studies. Problems arise in extrapolating 
plot studies to whole catchments where topography becomes an important control. 
O'Loughlin's topographic model (Figure 2) enables real catchment topography to be 
incorporated into models of runolI generation and sediment production using either the 
partial area model or the infiltration excess model. In the case of the partial area model, 
saturated areas are predicted for any given state of catchment wetness (Figure 3). As can 
be seen from Figure 4, the size of the saturated area predicted by the model agrees well 
with actual runolI percentages from observed storms. 

It is clear that where the partial area model applies (and this is probably the 
majority of cases) surface runolI and therefore suspended sediment will be generated from 
only a relatively small proportion of the catchment. Using the same topographic model 
combined with the infiltration excess model of runoff generation Burch et al. (1986) have 
shown that local variations in topography lead to uneven distribution of sediment 
production (Figure 5) since both erosion and deposition occur locally. Topographic 
analysis demonstrates the Irregular distribution of sources of sediment production within 
the catchment and olIers a tool for better catchment management. 
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Figure 5. Relative rates of erosion and deposition predicted by the topographic 
model. Erosion is negative and deposition is positive (Source: Burch et 
al.. 1986). 

These two runoff generation models in fact represent end members of a continuum 
and in many catchments some runoff will be generated by both processes. Ragan (1968) 
described a case where runoff was generated from partial contributing areas by low 
intensity rainfall and by infiltration excess during high intensity rainfall. Clearly the 
predictability of both runoff generation and sediment production depends heavily on site
specific properties of individual catchments. 

The work of Burch et al. (1986) demonstrates a phenomenon well known to fluvial 
geomorphologists. that of poor slope-channel coupling in sediment transport. The 
occurrence of erosion on catchment slopes does not necessarily imply that the sediment 
eroded will be delivered to the main stream channel. Thus the relationships between 
catchment treatments or landuse and sediment transport in trunk streams is often 
obscured by local slope storage effects as illustrated by the work of Ciesolka (1986) and 
Van Hooff and Jungerius (1984). 

The storm hydrograph often includes a component of rapid throughflow in the 
catchm~nt soils. This occurs as turbulent flow through macropores and pipes In the soil 
and Is capable of transporting suspended solids. A review of pipeflow processes is 
provided by Jones (1971) while Pilgrim and Huff (1983) and Imeson et al. (1984) report 
examples of sediment transport through soil macropores. 

In large streams much of the sediment being transported originates from the 
channel bed and banks. This is probably also the case for small streams as shown by 
Dugslngs (1984) who documented the various source areas in a small forested catchment 
(Table 1). Loughran et al. (1986). working In a partially cultivated catchment. calculated 
that 93% of the sediment was derived from vineyards occupying only 60010 of the 
catchment area. The remaining 7% came from forest and grazing land. Within forested 
areas. Anderson (1974) has shown that forest roads near streams were the single greatest 
contributors of sediment. 

A number of methods have been proposed for Ident!lYing source areas of sediment using 
characteristics of the sediment Itself. These include sediment mineralogy (Wall and 
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Table 1. Sediment Budget for the Schrondwellerbach Catchment in Luxembourg 
(Source: Duijsings, 1984) 

INPUf/OUfPUf PROCESS LOAD % 
SOURCE (kg/2 yrs) 

stream lateral corrasion 20650 22.9 
banks subsoil fall 18860 21.0 

mass movements 6850 7.6 
rainsplash 1240 1.4 
soil creep 400 0.4 

BANK TOTAL 48000 53.3 

valley rainsplash & 
slopes overland flow 38000 42.2 

throughflow 4000 4.5 

SWPESTOTAL 42000 46.7 

ToTALINPUf 90000 100.0 

instream suspended load 86300 92.8 
transport bed load 6700 7.2 

TOTAL OUTPUf 93000 100.0 

Wilding, 1976), radioactivity (Ritchie and McHenry, 1975), magnetic properties (Oldfield et 
al., 1979), pollen (Brown, 1985) and Caesium 137 (Loughran et al., 1982). Many of these 
techniques are experimental and all depend to some extent on there being Significant 
variation in the property of interest around the catchment. 

THE SAMPLING PROBLEM 

The sampling problem in suspended sediment studies can be subdivided into two 
components. The first concerns the distribution of sample collection through time so as 
to adequately characterize the rate of sediment transport over some period of interest. 
The second concerns the manner of collection of a single sample so as to produce a value 
for mean concentration through the cross section of the flow. There is a third problem, a 
subset of the second, which concerns the collection of suffiCient sediment for reliable 
analyses of composition, particularly of trace metals and nutrients. 

The processes of runoff generation described above lead to highly variable rates of 
sediment production between catchments and for any individual catchment from time to 
time. This situation is further complicated by sediment exhaustion effects as illustrated 
in Figure 1. Sediment available to be transported in the runoff generating area is 
removed during the initial rise of the hydrograph and the peak of sediment concentration 
is reached before the discharge peak. On the recession limb of the hydrograph the 
concentration for any given discharge is much lower than on the rising limb. This 
hysteresis is evident when concentration is plotted against discharge and the individual 
points joined in time sequence. When hysteresis loops are plotted for a series of storms 
from the same catchment (Figure 6) the reasons for the poor statistical relationship 
between concentration and discharge become obvious. Clockwise hysteresiS is the most 
common type but anticlockwise hysteresis has also been observed. Klein (1984) suggests 
that clockwise hysteresis occurs when sediment is derived from the bed and banks and 
areas adjacent to the channel while antlclockwise hysteresis occurs when the sediment 
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Figure 6 . Clockwise hysteresis loops for the River Dart, Devon, England for six 
storm peaks over the period 1975-79 (Source: Walling and Webb, 
1982). 

(and the runoffl source area is on the upper part of the catchment slopes. This behaViour 
can therefore be related to the mechanism of runoff generation: clockwise hysteresis for 
runoff from partial source areas and antlclockwlse hysteresis for infiltration excess 
runoff. 

The poor statistical relationship between concentration and discharge means that 
extrapolation techniques such as the rating curve method are inappropriate for 
calculating total load and the limitations of these methods have been well documented 
(see, for example, Walling, 1977). The most reliable way to measure total sediment load 
over any given period is to sample all the flood peaks. This can be done manually or with 
automatic samplers triggered by rise In stage. In either case the sampling and sample 
analysis Is time consuming and expensive. 

An alternative approach, which somewhat surprisingly has been little used, is to 
record concentration continuously using either turbidimetry or nephelometry. Walling 
(1977) and Walling and Webb (1982) have used continuous turbidity records, calibrated 
with gravimetriC analYSIS of samples, as a standard against which to compare 
interpolation and extrapolation methods for determining total load. Finlayson (1985) has 
described a method for the field calibration of turbidity meters and his calibration curve 
(Figure 7), based on 132 samples collected from storm runoff over a twelve month period, 
explains 97% of the variance in suspended solids concentration. Gilvear and PeUs (1985) 
found the relationship between turbidity and suspended solids in the Afon Tryweryn 
(Wales) to be quite variable due to changes during the passage of the flood peak in size, 
configuration and composition of the material being transported. They suggest that 
separate ratings may be needed for the rising and falling limbs of the hydrograph. 
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Figure 7. Calibration CUIVe for suspended sediment concentration and turbidity 
for Myrtle Creek No 1. Victoria (Source: Finlayson. 1985). 

The applicability of turbidity as a means of measuring suspended sediment 
concentration has been questioned by Oades (1982). He pOints out that theory predicts a 
poor correlation and quotes results obtained by Croome (1980) for the River Murray at 
Albury-Wodonga in support. In that case turbidity explained only 44% of the variance in 
suspended solids concentration. In rivers like the Murray with abundant fine clay in the 
suspended load the use of turbidity may not be appropriate but there Is strong evidence 
to suggest that in many rivers It may work suffiCiently well to make it the most cost-
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effective means of collecting data for total load. particularly if this information ls requ1red 
over a long period. Continuous recording of turbidity ls Incorporated Into the national 
water quality monitOring programmes In some countries such as Finland (Kohoven.1984) 
and the United States (Herrlcks. 1984). At present its use in Australia ls confined to a 
few expertmental sites. 

Whlle frequent sampling of flood peaks or the use of recording turbidity meters 
can help overcome the problem of temporal vartabllity in suspended sediment 
concentration. these methods do not address the second sampling problem of how to 
collect a representative sample (or samples) from the cross section of the flow. For small 
streams of the type frequently used as experimental catchments. the cross sectional area 
of the flow is so small that it ls adequately represented by a single point sample. In large 
channels thls ls not the case. Particles In suspension have a tendency to settle to the bed 
under the influence of gravity at a rate controlled by particle size. shape and density and 
the viSCOSity of the water. In turbulent flow this tendency to settle out is balanced by 
upwards movements In the flow and an equllibrium concentration profile ls establlshed. 
Both concentration and mean grain size increase towards the bed as shown In Figure 8. 
Sim1larly there Is lateral variation In concentration and grain size distribution (Figure 8). 

The lateral and vertical distribution of velocity is also shown In Figure 8. This 
velocity pattern explains some of the concentration variation and is a major factor In 
determining the distribution of suspended solids discharge through the cross section. 
This dlstribution of particles in suspension and velOCity of flow must be taken Into 
account during sample collection. 

Samplers should be designed to fulfil three requirements: flow velocity at the 
sampler Intake should be the same as the flow velocity in the stream. the presence of the 
sampler should cause a minimum of dlsturbance to the flow. and the sampler Intake 
should be oriented d1rectly Into the flow in both the vertical and horizontal planes 
(Gregory and Walling. 1973). Commercial point and depth integrating samplers meet 
these requirements and are used In the field to collect discharge-weighted samples. The 
ideal sampling strategy would be to develop a relationship between discharge weighted 
concentration for the cross section and concentration at a single point. though to date no 
such results have been reported in the literature. 

Conventional samplers collect relatively small volumes of sample (ca. 500 roL) and 
in most cases the nonfilterable residue is in mllligram quantities. Where the purpose of 
the exercise ls to determine total concentration. such samples are entirely adequate. 
Where detailed analysls of the composition of the sediment ls intended. much larger 
samples are needed. The most effiCient solution to this problem is to separate sediment 
from water on-site using a continuous flow centrifuge as reported by Hart (1987) in a 
study of trace metal and radionuclide transport in Magela Creek. NT. 

Sampling for suspended sediment is a complex operation and. not surprisingly. 
much of the work reported In the literature is based on an inadequate sampling design. 
Frequently the methods of sample collection are not specified despite their importance In 
determining the reliability of the results. 

THE COMPOSITION OF SUSPENDED SEDIMENT 

The suspended particulate load of streams conslsts of a largely "natural" 
component of Inorganic mineral matter either as dlscrete grains or aggregates and living 
and dead organic matter to which may be added a wide range of artificially derived 
material depending on the source area of the flow. The upper size limit of the suspended 
fraction is determined by velocity and discharge and will therefore vary from time to time. 
The lower size limit is more difficult to define since there ls no clear size dlstlnction 
between a fine colloid. a macromolecule and true solution (Oades. 1982). Separation of 
"suspended" from "dissolved" is usually carrled out using 0.45 ~ filters for purely 
practical reasons since filters of this pore size represent an acceptable compromise 
between time taken for samples to pass through the filters and the recovery of the bulk of 
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the solid particles. For many applications of suspended sediment analysis precise 
defmition of the lower size limit is Immaterial since the weight of the sample is dominated 
by the larger grain sizes. However, where the sorption capacity is being investigated, the 
finer fraction is of overriding Importance and separation at a lower size limit is justified. 

Walling and Moorehead (1987) have recently reviewed the literature on the particle 
size characteristics of suspended sediment and point out that despite the Importance of 
particle size in understanding environmental processes, our knowledge of spatial and 
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Figure 9. Cumulative grain size frequency zones for the different modes of 
sediment supply and transport in the Schrondweilerbach, Luxembourg 
(Source: DuYslngs, 1984). 

temporal variability Is somewhat limited. Their review pOints to the fact that there is 
great variability within and between rivers at the global scale and at the local scale. Since 
particle size distribution may vary through the flood hydrograph In response to changing 
source areas of sediment and changing flow conditions, further emphasis is laid on the 
need for an appropriate sampling program. The relationship between grain size 
distribution and modes of sediment supply has been summarised by Duijsings (1984), 
reproduced here as Figure 9. 

It is difficult to apply conventional particle sizing techniques to suspended 
sediment because of the small sample volume usually available and the difficulty of 
preserving the natural state of aggregation throughout sampling and analysis. 
Microscopic, optical and electronic methods have been reviewed by Swift et al. (1972). 
Laser particle sizing apparatus (Butters and Wheatley. 1982) is the best method currently 
available but has been little used in this context as yet. 

The need to distinguish between the mineral and organic fractions of suspended 
sediment has long been recognized by geomorphologists interested in determining rates of 
denudation. Suspended organic matter Is also important biologically as a source of food 
for fish, as a pollutant, and since it is partially composed of plant and animal 
populations. Few generalisations can be made about the proportion of suspended matter 
which is organiC in origin but there is no doubt that it represents a significant proportion 
of the total load in most cases. In a detailed study of the organic component of 
suspended sediment in catchments in North Yorkshire, Arnett (1978) found that the 
organic fraction ranged from 40% during baseflow to 20% at high flows and these figures 
are consistent with others reported in the literature. 

Few results have been reported of the distribution of organic matter across the 
size ranges. Hart (1986) has used loss on ignition to measure the organic fraction of 
collOidal matter, fine particulate matter and coarse particulate matter in samples 
collected in Magela Creek and found it to be 83%, 60% and 21% respectively. These 
percentages are much higher than In the catchment soils demonstrating both the 
selectivity of the erosion process and the importance of in-stream sources of organiC 
matter (Gilvear and Petts, 1985). 
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The organic fraction of particulates in urban runoff also appears to be concentrated in the 
finer fraction. Ellis (1979) found that 15-70% of the organic component of suspended 
solids in runoff from north-west London were finer than 0.06 mm. The sampling 
problems discussed earlier also apply in urban catchments. Weeks (1982) reported an 
initial flush effect for particulates in urban runoff as well as clear distinctions in 
composition and total load between residential and industrial areas. 

CONCLUSIONS 

Three main paints arise from this brief oveIVlew of suspended sediment 
production: 

1. An understanding of the mechanisms of suspended sediment generation and 
source areas within catchments, be they urban or rural, must be based on an 
appropriate and realistic model of runoff generation. The variability of catchment 
behaviour in terms of runoff generation Is such that although the basic processes 
are understood and can be modelled, the transportability of models is limited by 
the need to recalibrate on each catchment. This process can be facilitated by 
topographic analysis. Source areas of suspended sediment are highly localised 
within catchments and this fact should be understood and taken account of in the 
development of effective catchment management programmes. More research is 
needed on the integration of sediment production into runoff generation models. 

2. Sampling remains an unresolved problem in suspended sediment studies. At 
present, effective sampling strategies are confined largely to experimental and 
research situations. There is a clear need for more research into cost-effective 
sampling methods for operational use. 

3. Suspended sediment transport in Australian rivers is poorly known even at the 
simplest level of total loads. The important role suspended sediment plays in 
pollutant and nutrient transport indicates a need for greater effort in the analysis 
of its composition and its role in environmental processes. 
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APPLICATION OF THE URANIUM DECAY SERIES 

TO A STUDY OF GROUND WATER COLLOIDS 

Richard T. Lowson and Stephen A. Short 

Australian Nuclear Science and Technology Organisation 
Lucas Heights Research Laboratories 
Lucas Heights. New South Wales 

INTRODUCTION 

In recent years. the study of surface and groundwater colloids has gained 
considerable momentum for a number of reasons. These include the failure of computer 
models to account correctly for the obselVed mass transport. the concern of 
environmental regulating organisations that not all sources of these colloids had been 
accounted for. and the development of new techniques for the collection and study of very 
dilute collOid systems. 

A major problem is that collOids are usually present in very dilute concentrations. 
making detection and validation difTicult. Concentration by factors of up to 100 may still 
leave the colloid at below the level of element detection by atomic absorption or 
inductively coupled plasma spectroscopy. It may be possible to carry out neutron 
activation analysis on the sample but the collOids cannot be examined by point of zero 
charge. isoelectric point, scanning electron microscopy analysis. etc.. Further 
concentration by factors of up to 10 000 may alter the structure of the collOid to the point 
of irrelevance. 

Concern has been expressed that colloids may be the transport medium of 
insoluble radionuclides such as natural thorium isotopes and man-made plutonium 
isotopes. Although these radionuclides would be present at very low mass 
concentrations. the specific activity of the radionucllde may give significance to the 
activity concentration. Thus computer models based solely on solution/precipitation 
chemistry and designed to predict mass transport of these materials from bUried waste 
may be flawed. and there is a need to develop methods to quantify the collOid 
contribution. 

In the high concentration regime. collOids may be separated according to size. 
specific gravity or charge. However. the very low concentration in ground waters restricts 
the techniques applicable to those based on sized so evidence for the existence of a colloid 
is by inference rather than by direct obselVation. Possible techniques are gel filtration. 
centrifugation. dialysis and ultrafiltration. and have been reviewed by Salbu (1984) and 
by Benes and Majer (1980). Work at Lucas Heights has concentrated on the use of the 
hollow fibre ultrafiltration membrane. a technique which allows sampling of large 
amounts of water (> 1000 L) with sampling time being the only limitation. 

Mter a single pass through an ultrafiltration membrane. and with a concentrating 
factor of around 50. the elemental concentration may still be beyond the limits of atomic 
absorption. However. radioisotopes of the natural uranium and thorium decay chainS. 
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Table 1. Classification of Suspended Matter 

Name Phase Diameter MW Sedimentation Optical 
(nm) (Dalton) Rate Prollerties 

pebble suspension (4-54)x106 >108 35-120 cm/s visible 

gravel suspension (2-4)x1Q6 >108 20-35 cm/s visible 

sand suspension (62-2000)x103 >108 0.4-20 em/s Visible 

silt colloid (0.4-62)x1Q3 >108 0.5-124 km/y optical microscope 

clay colloid (2-4)x1Q3 >108 0.1-0.5 km/y optical microscope 

clay colloid 1000 108 <0.1 km/y optical microscope 

clay collOid 450 107 <0.1 km/y ultramicroscope 

clay colloid 100 106 <0.1 km/y ultramicroscope 

clay colloid 10 104 <0.1 km/y not visible 

clay true 102 <0.1 km/y not visible 
solution 

Compiled from Yarts and Cross (1979) and Salbu et al. (1984). 

can be detected at ultra low mass concentrations by determining the alpha activity. This 
allows information about a colloid to be obtained by observing the entrained radioactivity 
in the ultrafiltration and colloid concentrate fractions sampled down-gradient of uranium 
ore bodies. 

The Colloid Phase 

The boundaries between true solution. collOid and suspension are somewhat 
arbitrary. Classification may be based on molecular weight. particle size. settling rate. 
limits on separation technique and methods of visual observation. The classifications are 
not directly interchangeable because density and shape vary from matertal to material. 
Table 1 gives a gUide to the classification of suspended matter but It should not be 
considered exhaustive and the nomenclature used by different authors has varied 
considerably. 

A further problem was the Introduction of the unnecessary terms radiocolloid. 
true or real colloid. pseudocolloid and types I and II collOids. Liesner et al. (1986) 
attributed the term radiocollOid to Paneth (l913a.b). who used it to deSCribe colloids 
containing a radionuclide. Kepak (1971) reviewed the collOidal properties of radioactive 
elements and retained the term. The term was derived from the method of detection 
(alpha. beta or gamma counting) and the ability to detect a radionuclide at mass 
concentrations well below chemical methods of detection. However. radioactivity is a 
property of the nucleus not of the atom: collOid formation Is a property of the atom and 
not of the nucleus. Indeed a phase and its definition should in fact be independent of the 
method of detection. 

The terms real or true colloid. pseudocolloid. and types I and II collOids arose from 
a need to distinguish between collOids of pure compounds such as collOidal hydroxides 
and collOids with a sorbed component. where the sorbed component was used to detect 
the colloid. The German literature refers to these materials as Eigenkolloide (self colloid) 
and Fremdkolloide (foreign colloid). This type of classification Is unnecessary and should 
be abandoned unless. perhaps. It Is shown that the process of sorption radically changes 
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the properties of the colloid. If such is the case, the colloid should be redefined in 
of its elemental composition rather than given an inappropiate generic classification. 

Ultraftltratlon 

Ultrafiltration, is a pressure driven technique, based on the forced flow of solvent 
through a porous membrane while retaining the concentrated solute/colloid. Separation 
depends on the relationship between the size of the particle and the size of the pores. The 
first ultrafiltration membranes were made from cellulose acetate, a material which is still 
extensively used. There is now a trend to use more inert polymers such as polysuphone. 
The membrane is laid down on a support, which may be either a flat sheet. a spirally 
wound sheet or a tube. The tubular support has the advantage that fouling of the inlet 
side is minimised by the tangential flushing action of the solution passing down the tube. 
The membrane should be asymmetric, that is to say the pore diameter should expand 
from the inlet side to the outlet side to eliminate internal clogging of the pores. 

The system used in these laboratories is an Amicon type HlOP100-20 asymetric 
hollow fibre ultrafiltration unit with a nominal molecular weight (MW) cut-off point at 
100,000 Dalton and an effective surface area of 0.834 m2 . The unit consists of a bundle 
of 1000 hollow fibre tubes (o.d. 1 mm, Ld. 0.5 mm, length 63.8 cm), sealed into an 
assembly support so that the supply water is directed to the inside of the tubes. The 
membrane material is a dense skin of polysulphone, 0.1 to 1.5!J.1Il thick, mounted on a 
much thicker (50 to 250 !J.IIl) spongy open cell layer of the same polymer. The solvent, in 
this case water, passes through the membrane to produce an ultrafiltrate product and 
the concentrated solute (collOid concentrate) is collected at the exit manifold. 

Although ultrafiltration membranes are characterized by a nominal molecular 
weight cut-off, the implication that the cutoff is sharp is incorrect. Studies by Fane et al. 
(1981) have shown that the pore size has a Gaussian distribution across a range: they 
concluded that 50 per cent of the solvent flow is through 20 to 25 per cent of the pores. 
The quoted cutoff is determined using polymers of known molecular weight. Different 
manufacturers use different polymers such as yellow dextran, cytochrome C, proteins, 
and polyethylene glycol, for characterization of the membrane. Retention is not a simple 
function of molecular weight. Spherical proteins may be retained more than linear 
molecules of the same molecular weight, so the method of measurement should be always 
stated (Cooper, 1984). 

If an ultraffitration membrane is conSidered as a collection of capillary pores 
through which POiseuille flow occurs, then the solvent flux, J u of the ultrafiltrate across 
the membrane is given by 

J u = K't.P 
nh 

(1) 

where K' is the hydraulic permeability, n is the solvent viscosity, l'iP is the hydrostatic 
pressure difference across the membrane, and h is the membrane thickness. 

If C is the collOid concentratation in the feed stream, Cu is the colloid 
concentration in the ultrafiltrate and Ccc is the collOid concentration in the collOid 
concentrate, the colloid flux, 'tu, across the membrane is given by 

(2) 

Defining a rejection coeffiCient a as 

(3) 

equation (3) will arrange to 

(4) 

The term (I-a) refers to the fraction of solvent flux passing through pores large enough to 
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allow the transport of colloid and (J is the fraction of solvent flux passing through pores 
too small to permit the transport of colloid. 

In the absence of build-up of material on the membrane surface. the flux is a 
linear function of the hydraulic pressure and the rejection coefficient is a pressure 
independent constant. In practice. however. material becomes trapped on the surface. 
This material. referred to as the gel layer. will alter the flow and separation characteristics 
of the membrane. Normally it is in a state of dynamiC eqUilibrium between formation and 
breakdown. The rate of formation of the gel layer Is given as the product of the solvent 
flux of the ultraf1ltrate and the bulk concentration. JuC. Film breakdown due to back
diffusion into the bulk liqUid is given by the product D(dC/dx) so that at steady state 
conditions 

JuC = D(dC/dx) (5) 

where dC/dx is the concentration gradient across the gel layer and D Is the diffusion 
coefficient. For a fixed concentration Co at the membrane surface. equation (5) Integrates 
to 

J u = K In(Co/C) (6) 

where K is the mass transfer coefficient. 

This general relationship Is frequently observed. It indicates that the flux of 
ultrafiltered water is controlled by the transfer of species to and from the gel layer. The 
gel layer will break down under increased velocities past the membrane surface or 
Increased temperatures. thus increasing the flux of ultrafiltered water. Increased 
pressure across the membrane will promote formation of the gel layer and reduce the flux 
of ultraflltered water. In the extreme case. the solvent flux is independent of pressure 
and the membrane Is said to be gel polarised. 

The gel layer not only decreases the flux of ultrailltrate. but it also Increases the 
flux of colloid across the membrane owing to the increased concentration of colloid at the 
membrane surface. leading to a lower rejection coefficient. 

Optimal operation requires a high tangential surface velocity and low cross 
membrane pressures. Unfortunately the concentration of colloids in ground water in our 
experiments was so low that the system had to operated with a maximum water flux 
through the membrane and a minimum solution flux past it In order to concentrate the 
colloid up to observable levels. Consequently the unit was operating under the worst 
possible condition for gel layer formation. However. It was considered that even under 
these conditions the colloid concentration was too low for the gel layer to have a 
significant effect on the rejection coefficient. 

The general formula for the concentration factor is given by 

(7) 

where Vee is the volume of the colloid concentrate and the superscript 0 Signifies the 
initial conditions. The concentration factor. C/Co. is controlled solely by the operating 
parameters. 

Figure 1 Is a diagram of the unit used in the field. A stainless steel submersible 
Grundfos electric pump was lowered into the bore and set above the point of recharge. 
The water was pumped at a rate slow enough to avoid excessive draw-down and 
contamination by atmospheriC oxygen. At least three bore volumes were pumped out 
before sampling commenced. The water was passed successiVely through 5 J..IIIl and 1 
JlID cartridge illters before passing to the ultrafiltration unit. The unit was operated in 
single pass mode with the feed stream entering the unit at around 170 kPa (25 psi). at a 
flow rate of between 6 to 10 L/min. The colloid product stream was throttled back to 0.1 
L/min to give a concentration factor of between 50 to 100. depending on the feed rate. 
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Figure 1. Ground water colloid sampUng system. 

The ultraflltrate. which was up to 99 per cent of the feed stream. was subsampled at the 
same rate as the colloid concentrate. A 20 L sample of each fraction was collected. The 
fractions were acidified to about pH 1 with concentrated Hel and sent to Lucas Heights 
for analysis. 

The alternative method of sampling is successive recirculation. There is an 
inherent problem with recirculation in that the colloid may undergo significant 
modifications as the concentration is increased by factors in excess of one thousand. The 
modified colloid would no longer be representative of the ground water colloid and may be 
a strong adsorber of solute molecules. leading to erroneous interpretation. 

The Uranium and Thorium Decay Series 

Figure 2 illustrates the upper members of the three natural uranium and thorium 
decay series. In a closed system and for periods in excess of 1.2 mUllon years. the 
uranium decay chain will be in a state of secular eqUilibrium. That is to say. the decay 
rate of the daughter is equal to the ingrowth rate from the parent. In contrast. in open 

U 
92 

238 

Pa 
91 

Th 
90 

AC 
89 

Ra 
88 

Figure 2. The upper members of the uranium and thorium decay series. 
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systems fractionation occurs through a variety of mechanisms and the observed 
disequilibria provides a means of measuring the kinetics of a number of natural processes 
which have occurred in the last 1 million years. 

The isotopic concentration is determined by adding a man-made Isotope such as 
236U or 232U which acts as an IsotoPic yield tracer. The element of interest is separated 
out by electodeposition as an infinitely thin source on a stainless steel planchette and its 
alpha spectrum determined with a high resolution alpha spectrometer. The background 
for alpha counting is very low. allowing a practical detection limit to be set at 1 count per 
minute. which depending on the efficiency of the counter. is equivalent to about 1 Ilg 
238U. The method has been deSCribed in detail by Lowson and Short (1986). 

RESULTS AND DISCUSSION 

Sampling Sites 

Samples were collected down gradient from the Nabarlek and Koongarra uranium 
ore bodies in the Alligator Rivers Uranium Province of the Northern Territory of Australia. 
The region is characterized by a summer monsoonal climate with well defined wet and dry 
seasons. The average rainfall is 1500 ± 300 mm and falls only in the wet season which is 
from December to March. In the dry season very little rain falls. The temperatures vary 
from around 360 C in October to about 300C in March. The annual evaporation from 
surface waters is approximately 2200 mm. 

The Nabarlek ore body. (Figure 3). is part of a series of Lower Proterozoic 
sediments laid down between 1800 to 1900 million years ago. The rocks comprise of 
schistose quartzites. quartz mica schists. muscovite schists and amphibole schists with 
common biotite. feldspar and garnet. The rocks are affected by later alteration. 

The ore body was contained within massive fine grained chloritlc rock. It had 
surface expression. struck north north west and dipped 300 to 400 to the east. It had a 
tabular shape. was 230 m long and had an average thickness of 10 m with Wide 
fluctuations. The mineralisation extended to a known maximum depth of 84 m. with 
most of the ore being contained in the interval between the surface and 45 m vertical 
depth. The ore body was mined in its entirety In 1978. The Nabarlek open cut is now 
used to store the tailings. This would not have affected the sampling of waters down 
gradient of the ore body in the time between mining and sampling. 

The depth of the standing water table in the bores varied from 1 to 18 m and 
reflected the variable permeabilitles of the rock. Measurements indicated an easterly flow 
during the wet season with gradients of 1 in 16 to 1 in 40. controlled mainly by the 
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Figure 4, The Koongarra sampling site [a) plan view [b) in section, 

topography. During the dry season, the flows changed to south westerly possibly 
controlled by bedrock fault structures. The measurements suggested that during the wet 
season, a perched water table occurs In the near-surface sands and ferricretes which 
overlay the weathered schist bedrock. Four cased and slotted bores were selected in an 
approximate straight line down the mean hydraulic gradient from the deposit. 

The Koongarra ore body is geologically similar to that at Nabarlek, [see Figures 
4a,b). Mineralisation occurs in the Cahill Formation metamorphic rocks just above a 
reverse faulted contact with the' Kombolgie Formation sandstone. Primary mineralisation 
as 1% uranlte [U30S) occurs as an elongated wedge approximately 100 m long and up to 
50 m wide. It has a dip of 550 and tapers out at about 100 m depth. It is confined to a 
series of highly chloritlsed quartz schists. The ore body is weathered to a depth of about 
25 m to form a secondary ore zone which overlies the primary zone and extends 100 m as 
a horizontal tongue in weathered rock, down slope and south east of the primary zone. 

The groundwater hydrology is quite complex with sources and sinks being 
dependent on the season. There are two aquifers. a superficial aquifer which is present 
only during the wet season and there is a permanent Cahill aquifer at depth. The Cahill 
aquifer Is confined by the overlaying weathered zone which acts as a leaky aquitard. The 
superficial aquifer is associated with the surface deposits of the area. these deposits have 
a high infiltration capacity and permeability. 

At the end of the dry season the surface deposits dry out and the water table sinks 
by up to 9 m. With the onset of the wet season the surface deposits receive rain water 
and runoff from the low permeability Kombolgle sandstone. The water table rises and the 
surface deposits saturate and. where the water table progressively cuts the surface. 
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release water. which drains into the local creek system in a south easterly direction. With 
the onset of the dry season the surface deposits dry out by drainage and evaporation. 

The Cahill aquifer is associated with the unweathered quartz schists of the Cahill 
Formation. This formation has hydraulic continuity and an average bulk transmissivity 
of 20 m2/ d. with higher values in fracture zones. Flow is in a south easterly direction. It 
is recharged by the Cahill aquifer up gradient of the ore body. by infiltration from the 
surface deposits adjacent to the Koongarra Reverse Fault and by the Kombolgie 
Formation at depth. Although some water drains into the local creeks through leakage 
into the surface deposits. most of it is believed to drain into subsurface dolomites south 
east of the site. 

Four bores running down gradient from the centre of the ore body were selected. 
Unfortunately. the furthest in-line bore could not be located so bore PH139 was 
substituted. The bores which had been sunk by percussion drilling. were around 80 m 
in depth and cased to about 30 m depth which was the limit of the weathered zone. 
Pump tests indicated that recharge was principally from the first 10 m below the casing. 
It may be assumed that the sample represents the top of the Cahill aquifer together with 
a fraction of the superficial aquifer. 

Solute Chemistry 

The ground water solute chemistry for the two sites is given in Table 2. The 
waters were of low salinity. with a pH range of 6.5 to 7.5. and slightly more acidic closer 
to the ore bodies. reflecting the acidic nature of the deposits. In general. the Eh indicated 
that the waters were oxidising. although at Koongarra a fraction of the water was derived 
from the deeper. reduced aquifer. 

Colloid Chemistry 

The collOids were characterized by analysing the ultraflltrates and collOid 
concentrates for elemental and isotopic differences. Elemental analysis included Fe. Al 
and Si as hydrolysing oxides and Ca. Mg. Na and K as components of collOidal clay. A 
plot of ultraflltrate concentration versus collOid concentration is given in Figure 5. The Al 
levels in all the samples were below the point of detection by atomic absorption. The 
results show that the only element significantly enriched in the colloid fraction was iron. 

There was a marginal enrichment of SI but the results were very close to the limit of 
detection. 
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Table 2. Solution Parameters and Chemical Analysis (mg/L) of Ground Waters 

Bore pH Eh Conductivity Ca2+ Mg2+ Na+ K+ HC03- CI- S042-
(my) (Ils) 

NABARLEK 

OB19 6.6 335 145 4 86 16 1 340 116 1 
OB25 6.8 315 175 15 62 11 2 265 84 2 
RN21038 6.9 335 145 11 39 10 220 25 1 
RN20475 7.2 305 165 12 41 9 270 14 2 

KOONGARRA 

PH49 6.5 170 105 2 24 1 54 14 10 
PH55 6.8 375 74 2 21 2 7 9 
PH69 6.9 250 80 2 21 3 71 5 3 
PH139 7.2 370 88 2 14 4 56 4 

Isotope Chemistry 

Uranium solute. The uranium isotope results are listed in Table 3. At both sites. 
the solute uranium concentration decreased logarithmically with distance to background 
levels down the hydraulic gradient. The decrease is typical of a dispersion fan. The 
234U/238U activity ratio of the solute shows a slight rise with distance away from the ore 
body. This is a common occurrence and is well documented in the literature (Osmond 
and Cowart. 1976). Because of the limited number of results. no correlations are reported 
for the 234U/238U ratio versus the uranium concentration or its inverse. 

Uranium colloid. There was a slight uranium enrichment in the colloid 
concentrate. ranging from 2 per cent at Nabarlek up to 11 per cent at Koongarra. There 
was no correlation between uranium transported as colloid and the solute concentration. 

The 234U/238U activity ratio was usually less than or in the vicinity of 1. It was 
independent of distance from the ore body and. of the uranium concentration either in 
the solute or in the colloid. The activity ratios for the colloid for the near field samples 
were generally lower than those for the solute. However. the differences in values are 
usually within the range of the propergated errors and so cannot be conSidered 
significant. For the far field samples. and for a very limited number of results. the solute 
and collOid 234U/238U activity ratios started to diverge indicating that there was an 
increasing independence between solute and collOid transport. 

Thorium solute. Tables 4 and 5 list the results for 232Th and 230Th. respectively. 
The 232Th solute concentration is independent of the presence of other thorium isotopes 
and distance down gradient of the ore bodies. The thennodynamic solubility limit for Th 
as thorianite is lxlO- 11 gIL which is equivalent to 2.4xl0-6 (dpm/L) 232Th (Langmuir and 
Hennan. 1980). The analyses indicate that the 232Th concentration is about three orders 
of magnitude above the thennodynamic solubility limit. probably because of complexation 
by trace organics or phosphates. The values are typical of those reported in the literature 
for envrronmentallevels of thorium in fresh waters. 

The 230Th solute concentration decreased logarithmically with distance down 
gradient of the ore body at both sites. The solute 230Th was in gross activity deficiency to 
that of its parent 234U. and the 23OTh/234U activity ratio increased down gradient of the 
ore body. The solute 230Th concentration was at least one order and sometimes up to two 
orders of magnitude below the thennodynamic solubility limit of 0.431 dpm/L for 230Th. 
It is. therefore. necessary to account for the very low level of 230Th in solution when there 
is an active source of 230Th in the fonn of ingrowth from 234U. The solubUity of the 
ingrowing 230Th is apparently controlled by the preexisting complexed 232Th. If the 
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Table 4. Thorium-232 as Solute and Colloid in Ground Water 

232'fh as Solute 232111 as Colloid 
Bore Hole dpm/L dpm/L % of total 

NABARLEK 
OB19 0.0018 (99%C) 0.00013 ± 0.00003 6.8 (99%C) 
OB25 0.0020 ± 0.0012 0.00005 (99%C) 2.5 (99%C) 
RN21038 0.0019 ± 0.0008 0.000026 ± 0.000024 1.4 ± 1.4 
RN20475 0.0009 ± 0.007 0.0000025 (99%C) 2.8 (99%C) 

KOONGARRA 
PH49 0.0015 ± 0.001l 0.00003 ± 0.00002 2±2 
PH55 0.0040 ± 0.0006 0.00011 ± 0.00002 2.6 ± 1.6 
PH58 0.0005 ± 0.0005 0.00011 ± 0.00002 18± 15 
PH139 0.0009 ± 0.0005 0.00002 ± 0.00001 2.2 ± 1.6 

Note: (99%C) signJftes value is below the 99% confidence limit given. 

kinetics of isotopic exchange between complexed 232Th and noncomplexed 230Th is 
slower than the kinetics for the adsorption of 230Th onto surfaces of colloids and pore 
walls. then there would be preferential loss of 230Th from solution onto local surfaces. 
This would account for the enhanced 230Th observed by Lowson et al. (1986) in iron 
phases down gradient of the neighbouring Ranger ore body. 

Thorium colloid. The concentration of 230Th carried as colloid is listed in 
Table 5. The 230Th colloid concentration decreases with distance. although there are 
some large fluctuations. Up to 47% of the total 230Th was observed to be transported in 
the colloidal form. The percentage as colloid was independent of distance or 230Th solute 
concentration. The 230Th/234U activity ratio in the colloid phase increases with distance 
down gradient of the ore body. The colloid has a significantly higher 230Th/234U ratio 
than the solute. This indicates that the 230Th in the colloid is independent of the 230Th in 
the solute and supports the suggestion from the uranium results that the colloid should 
be considered as a separate phase. with minimal interaction with the solute. and that the 
230Th is ingrown from uranium entrained in the colloid. 

Nature of the colloid. Table 6 lists the molar concentrations of the enhanced 
elements in the colloid concentrate. The results show that the dominant element is iron. 
although silicon (which was at the detection limit) may be present in similar proportions. 
Uranium and thorium are only present as trace quantities. From this. it is inferred that 
the collOid is a microcrystalline form of ferric hydrOXide. commonly described as 
ferrihydrtte (Chukhrov et al .• 1972) in aSSOCiation with polymeric forms of silica or siliCic 
acids. 

CONCLUSIONS 

Ground water colloids are present at very dilute concentrations. This makes 
detection very difficult. 

Combining radiochemical analysis with large sample ultrafiltration has proved to 
be a useful method of ground water colloid characterization. The techniques have allowed 
the following conclusions to be drawn. 

1. A colloidal component within the range 1 IJlIl to 18 mn has been identified by the 
ultramtration of ground waters sampled down gradient of two Australian uranium 
ore bodies. 
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Table 6. Molar Concentrations of Enhanced Elements In the Colloid Phase (Mole/L) 

Fe 238U 232Th 
Site (1O-9 M) (1O-9 M) (10-15 M) 

NABARLEK 
OB19 51.5 1.3 223 
OB25 38.7 0.77 8.8 
RN21038 50.1 0.049 4.5 
RN20475 38.7 0.0095 0.46 

KOONGARRA 
PH49 38.3 11.01 5.3 
PH55 141 0.11 19 
PH58 87.0 1.53 10 
PH139 60.9 0.0065 3.9 

2. The colloid is composed largely of iron and silicon species with entrained uranium 
and thorium. 

3. Only a minor proporiion of the total uranium is associated with the colloid but a 
Significant proportion of the 23DTh is associated with the colloid. 

4. Solute 232Th is present at up to two orders of magnitude above the solubility limit 
for Th02. This is attributed to complexation by trace organics and phosphates. 

5. Solute 23DTh is present at one to three orders of magnitude below the solubility 
11m1t for Th02 and is in large deficit to its solute parent 234U. 

6. The high loss of 23DTh from solution is due to fast adsorption kinetics compared to 
slow isotopic exchange kinetics with complexed 232Th. 
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SECTION II 

WATER TREATMENT PROCESSES 



WATER TREATMENT TECHNOLOGY IN AUSTRALIA 

Brian A. Bolto 

CSIRO Division of Chemicals and Polymers 
Clayton. Victoria 

INTRODUCTION 

Australia is the driest continent in that it receives a small and vaIiable rainfall 
(only Antarctica has less). and there is poorer surface run off than for any other 
continent. Some 89% of precipitation is lost by evaporation and infiltration. Because of 
limited dilution and the generally low flows. streams and water bodies are especially 
vulnerable to pollution (Pigram. 1985). The vaIiability also makes for peaks and troughs 
in the pollution load. As well as watercourses being far more vaIiable than in other 
countIies. the variability here increases as catchment size increases. which is the 
opposite of the usual pattern (Peters. 1986). 

Australian water resources have been the subject of many reviews over the past 
decade. The most relevant to the present topic are those on water quality and water 
technology in the Water 2000 seIies of reports (Garman et al.. 1983; Gutteridge et al.. 
1983). 

Contaminants Present 

Naturally occurring waters can be polluted with a great vaIiety of materials 
(Pigram. 1985; Gutteridge et al.. 1983). After removal of gross contaminants such as 
animals and detritus there may be suspended and dissolved impuIities. including 

turbidity particles. which protect microbes from disinfectants (e.g. clay. 
hydrous metal oxides) 

microbes such as viruses. bacteIia. amoeba. algae 

coloured compounds. both collOidal and dissolved. which form 
tIihalomethanes (THMs) on chlorination 

organic compounds causing gastric upsets in humans. stock kills and taste 
and odour 

inorganic chemicals such as salts. hardness. metal ions. alkalinity. nitrate. 
fluoIide. radioactive species 

All have public health significance. except iron. manganese and taste and odour 
compounds. which can be nuisance mateIials for aesthetic reasons. 
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Table l. Australian Guidelines for Drinking Water Quality 

turbidity 
colifonns 
colour 
THMs 
IDS 
Sodium 
hardness 
nitrate 
fluoride 

5 NTU (nephelometric turbidity units) 
10 in l00mL 
15 PCU (filtered; platinum cobalt units) 
200~/L 
lO00mg/L 
300mg/L 
500 mg/L (as CaC03) 
10 mg/L (as N) 
0.5 to l.7 mg/L 

Many pollutants arise from human activities. These include. in addition to some 
of the above. 

nutrients from fertilizers and sewage effiuents I.e. nitrogen and phosphorus 
compounds 

carbonaceous impurities from sewage effiuents. intensive livestock enterprises 
and food processing 

toxic chemicals from agricultural areas. mining sites and industry 

suspended matter and salinity from land clearing and over-irrigation 

The problems of wastewater treatment wUl not be addressed here in any detail; the 
emphasis will be on purification of low grade waters for water supply purposes. 

Water QuaUty Issues 

Australia's water quality problems are myriad (Plgram. 1985; Garman et al .. 
1983). Contamination of supplies with turbidity particles is widespread in towns which 
use river waters as their water source. notably in the Murray-Darling Basin. 
Microbiological hazards with such turbid waters abound in Victorian country areas. 
where the majority of towns fail to meet quality targets for most of the time (Curtin and 
McNeUl. 1987). Colour is a ubiquitous difficulty. but a particular one in Tasmania; 
salinity has its worst effects in the Murray-Darling Basin and Western Australia. but is 
present in most of inland Australia. 

The new Australian guidelines for desirable drinking water quality (National 
Health and Medical Research Council. 1987) are listed in Table 1 for major contaminants: 

They appear to be liberal on turbidity. but for the major urban areas a level ofless 
than 1 NTU is preferred so that disinfection is secure and complete. The THM level is 
more than double European and North American limits. and the IDS level has been set at 
1000 instead of 500 mg/L. which accepts the real situation presently existing. 

Current surveys of water treatment practices across the nation being conducted 
by the Australian Water Resources Council (AWRC) on a State-by-State basis show that 
0.5 to 6% of the population receive water of unsatisfactory quality (Garman. 1987). which 
is probably about a third of the rural population. It Is estimated that nationwide at least 
250.000 people receive an untreated supply (Plgram. 1985). The antiCipated cost to 
upgrade Inferior supplies is at least $2 billion. as reported in the Water 2000 studies. 

Water Purification 

In water purification it is preferable to remove the small amounts of offending 
impurities rather than extract or separate the large volume of water. Reverse osmosis 
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Figure 1. Plan view of the Anstey Hill water treatment plant (Engineering and 
Water Supply Department of SA. 1980). 

and distillation methods of desalination are exceptions to this general rule. Costs can be 
kept down by using simple and compact equipment, keeping energy and chemical usage 
to a minimum and If possible recycling the reagent employed. and aVOiding waste disposal 
problems posed by sludges and large volumes of effluents. 

The general aim of water purification cannot be better expressed than in the first 
known patent on the topic (Baker, 1981), granted to William Walcott in England in 1675: 

" ..... on the art of making cOlTUpted water fitfor use, and .... fresh, clean and 
wholesome in very large quantities, by such wayes and means as are very 
cheap and easy, and which may be done and practiced with great speed ..... " 

REMOVAL OF TURBIDITY, MICROBES AND COWUR 

In this important area of water purification. the conventional method involves 
adding a coagulating agent such as an aluminium or tron salt to the raw water at an 
appropriate pH level. A metal hydroxide floc is preCipitated which has a positive surface 
charge. The turbidity particles, microbes and colour bodies all have a negative surface 
charge In normal pH regimes, so they adhere to the floc. Coagulation and flocculation 
proceed, followed by sedimentation and filtration through sand to remove any carryover 
floc. A neutral polymer or anionic polyelectrolyte in addition to aluminium or tron salts 
may be beneficial. Activated silica is an alternative secondary coagulant. 
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Conventional Systems 

Very large scale water treatment plants make use of rectangular sedlmentation 
tanks which have a horizontal water flow. For example. that at Anstey Hill in Adelaide 
treats 300 ML/ d and has twin tanks 90 m long. 17m wide and 5 m deep. Figure 1 shows 
the layout. with collection troughs visible over most of the sedimentation tanks 
(Engineering and Water Supply Department of SA. 1980). Filters at the bottom end of the 
plant are followed by a waste wash water tank which is for storage of water from the 
backwashing of the sand filters; the backwashing is carried out on average every 40 h. 
Typical chemical doses are 45 mg/L of alum and 2 mg/L of activated silica. to treat a raw 
water from either the Murray River or from reservoirs. with the turbidity varying from 6 to 
200 NTIJ, and the colour 15 to 100 PCU. The product water has turbidity 0.5 NTIJ and 
colour 10 PCU. The plant cost $20 million in 1980. 

Sedimentation systems can also be circular in plan, with radial collection troughs 
(James M. Montgomery Inc., 1985); they still require a large land area, but are commonly 
used for installations of throughput smaller than 100 ML/d. In these circular clarifiers 
there can be a combination system which has a rapid mixing compartment at the centre, 
with a slow mixing and floc formation compartment surrounding it. Water flow is then 
upwards from the base of the tank through a sludge blanket which comprises a solids 
contact system. The water flow is vertical in this arrangement. 

Clarifiers generally remove 90010 of the lmpurity-Ioaded floc. Sand filters remove 
the remainder; they are often dual media systems, made up of an anthracite layer of 50 
cm depth over a sand layer of 25 cm, and run at a high rate of 10-15 m/h (James M. 
Montgomery Inc .. 1985). Polymer dosing ensures that the floc does not break through the 
filter. Batch operation is utilized, with filter runs of one to two days. when backwashing 
is necessary to clear the filter bed. 

Dissolved Air Flotation 

When algae are present in the raw water a flotation method may be preferred, 
instead of settling flocs by graVity. Algae often do not settle suffiCiently because of 
attachment to oxygen bubbles, or they may block filters too rapidly (Williams et a!.. 1985). 
In dissolved air flotation, air is dissolved under pressure in water which is then 
discharged into the floc-carrying water. Microbubbles come out of solution and buoy the 
flocs and algae to the surface where they are removed with scrapers. About 10% of the 
product water is recycled for air dissolution, which makes for high energy costs in what is 
a low capital cost process. 

Direct Filtration 

For waters of moderate turbidity and colour the flocculation tank/clarifier may be 
omitted. The raw water turbidity level should be less than 15 NTU and the colour less 
than 40 PCU (Gutteridge et aI., 1983). A low alum dose is employed and after in-line 
mixing and a brief period (15-20 min) in a contact tank the dosed water goes to sand or 
dual media filters. To strengthen the microflocs produced a nonionic polymer or activated 
silica is usually added. The microflocs are retained in the filter bed by an adheSion 
mechanism; the filter media are designed to trap the fine floc and store it. Regular 
backwashing is required. at intervals of 12 h to several days. There are considerable 
capital cost savings of about 30010. A number of direct filtration plants are in operation in 
Australia (Strom et aI., 1985). However, it must be stressed that the raw water should be 
relatively free of algae and any suspended matter (Huber, 1985). including microbial cells 
and preCipitated manganese dioxide. 

Slow Sand Filtration 

Of course one may not add chemicals at all, omit the coagulation step. and merely 
perform the filtration step. Slow sand filtration was first used at the start of the last 
century. AIm deep bed of sand is employed, over a layer of gravel. Sllmes develop on 
the sand which aid the process, and protozoa present consume bacteria. It is generally 
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Figure 2. Diagrammatic representation of colour and turbidity removal by 
magnetite. 

necessary to clean the bed by scraping off the top layer of sand every 6 to 12 weeks. The 
experience from five Australian plants is that filter runs are as short as three days if high 
turbidity peaks occur in the raw water (Australian Water Resources Council. 1987). Algae 
can be removed first from the raw water by dissolved air flotation. as has been shown 
recently at Brisbane where a slow sand filtration plant has been in operation for some 70 
years. Another approach is to add a roughing prefilter. and a unit of this type has been 
tested at Pyalong. Victoria (Drewet al.. 1987). The horizontal prefilter consists of three 
compartments containing successively diminishing sizes of gravel. A raw water turbidity 
of 8 NTU is reduced to 2 NTU. and colour from 25 to 10 PCV by the integrated system. 
The flow rates are 2 mlh for the roughing and 0.1 mlh for the slow sand filter. 

New Approaches 

In the fully fledged alum process used to obtain a high quality water as described 
in the Section above on conventional systems. sedimentation is slow. and a voluminous 
sludge containing the highly swollen aluminium hydroxide causes a disposal problem. A 
large land area is required for the plant. and fUtration is essential as settling of the floc is 
never perfect. To overcome these disadvantages CSIRO studies on magnetic reagents for 
water treatment were extended to fine. rapidly reacting magnetite (Fe304) particles. The 
outcome is a process based on a rapidly settling and recyclable reagent (Kolarik et al .. 
1977). 

CSIRO research 

The CSIRO research on new techniques for water purification in general is based 
on insoluble reagents such as metal oxides or crosslinked polymers (Bolto. 1983). The 
reagents are reusable. so chemical usage is minimized. which keeps costs down. More 
importantly. micro-sized particles are employed. which means that reactions are fast and 
the consequent increase in the intensity of processing means that equipment needs and 
hence costs are lower. Because such particles are slow settling or require high pressures 
in packed column usage. unconventional methods are needed to handle the 
microparticles. 

Using a magnetic particle as a coagulant or incorporating a magnetic filler in an 
adsorbent offer new approaches to separation problems. The concept has been employed 
in a number of physico-chemical processes in two broad categories: the removal of 
insoluble impurities by coagulation and the uptake of dissolved contaminants by 
adsorption. 

The SIROFLOC process 

Magnetite particles of size 1-10 IJlll are employed at pH 5-6. A 1% slurry in the 
raw water will remove about half the turbidity and colour because of the positive surface 
charge on the magnetite. In a typical example the addition of 1 rng/L of a cationic 
polyelectrolyte will result in the remaining impurities being heterocoagulated with the 
magnetite. to give a product water of turbidity 1 NTU and colour 4 PCU from an original 
raw water of turbidity 34 NTU and colour 43 PCU (Anderson et aI.. 1981). 

The model for the process in terms of charge interactions is shown in Figure 2. 
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The colour anions and turbidity particles are negatively charged and adhere to the 
positively charged magnetite (only the anions are depicted for simplicity). As a result the 
charge on the loaded magnetite surface becomes negative. The addition of a cationic 
polymer binds the remaining impurities by bridging the two negatively charged entities. 

The dense nature of the loaded magnetite makes for rapid separation from the 
purified water; settling occurs at three times the rate of an alum floc. which is Increased 
to six times when the magnetite Is magnetized. This is because a magnetic network of 
particles Is produced. as depicted In Figure 3. In practice. a simple permanent magnet 
around the exit pipe from the contact tanks achieves a suitable effect. 

The loaded magnetite Is treated with alkali at pH 11-12 which causes the surface 
charge on the Iron oXide to become negative. whereupon the other species (whose charge 
remains unaltered) are sloughed off from the surface. After washing of the alkali-treated 
magnetite on magnetic drum separators it is returned by pumping. which demagnetizes 
it. to the start of the process. The colloid science of the process is discussed in more 
detail In the Dixon and Kolarik paper In this volume. 

Two large-scale plants are now In operation. a 35 ML/day Installation at 
Mlrrabooka In Western Australia. and a 20 ML/day unit at Bell Bay. Tasmania 
(Nadebaum and Fish. 1985). They are unique because of the 

rapid sedimentation. so the clarifier Is less than half the normal size 

absence of a sludge which requires disposal 

omission of the filtration step 

small land area required 

reuse of the primary coagulant. magnetite 

quick start up. so that 8 h/day operation Is feaSible if It Is desired. 

Figure 3. Flocculation of magnetized particles. 
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Depending on circumstances, the capital cost may be lower than that of 
conventional treatment by 30%. A further plant of 20 ML/ d size is due for completion at 
Redmires in Yorkshire in 1988, following endorsement of the process by the Water 
Research Centre in the UK. The process is an answer to the current high levels of 
aluminium and heavy metals which are of concern in Europe and North America. 

Comparison of Water Treatment Capital Costs 

With full conventional treatment. comprising the three stages of coagulation/ 
flocculation. sedimentation and filtration, plant capital costs are highest for the very 
large-scale installations of greater than 100 ML/d capacity. where huge rectangular 
sedimentation tanks are employed. For small units which can make use of circular 
clarifiers there is a relative cost saving advantage (Gutteridge et al., 1983). 

By far the greatest economies. amounting to about a 300k cost reduction, are 
achieved by omitting one of the three stages. Examples are direct filtration, if it is 
permitted by the raw water quality (no sedimentation stage) and SIROFWC regardless of 
raw water quality (smaller sedimentation system and no filtration stage). As an interim 
measure. for small plants of 5-10 ML/d capacity the installation of filters may be 
postponed if a lower product standard can be tolerated. A product water level to 3 NTU 
turbidity is claimed when there is no filtration (Gutteridge et aI., 1983). 

Iron and Manganese Removal 

The oxidation of soluble reduced forms of iron and manganese to insoluble 
hydrous oxides is catalysed by bacteria, which can grow prolifically in the reticulation 
system. They then present aesthetic problems of taste and laundry staining. 

For surface waters. natural oxidation can be encouraged by destratifying 
reservoirs. If necessary. chemical Oxidation can be employed at the treatment plant. 
Chlorine or air may be used to oxidize iron. In the case of air the oxidation occurs after 
precipitation of the hydroxide with lime. Manganese requires stronger oxidants such as 
permanganate, ozone, or chlorine dioxide. For the latter contaminant, the precipitated 
manganese dioxide catalyses further oxidation of manganous ions. After clarification it is 
essential to rigorously disinfect the product water to minimize bacterial growth in 
pipelines. The taste thresholds for iron and manganese are 0.3 and 0.1 mg/L 
respectively. Manganese is a particular problem in Queensland (Loos, 1987). 

Country Town SuppUes 

A lot of thought has gone into the provision of water supplies of adequate quality 
to country towns. especially those that have no treatment at the moment. A quality target 
inferior to that for major urban centres is possible. such as turbidity 2 NTU instead of 1 
NTU. Staging of treatment by omitting the filter is a temporary expedient, but will not 
meet a target of 2 NTU. The SIROFWC method loses its economic advantage on the 
small scale. Suitable technologies are slow sand filtration, but with a pretreatment 
probably necessary for most Australian conditions, especially when eutrophic waters are 
involved. Dissolved air flotation or a roughing prefilter are then advocated. Dual 
reticulation is approprtate to conserve the high quality treated water for the kitchen and 
laundry. provided there is not an extended pipeline system. The low quality raw water is 
used for toilet and garden. 

Other possibilities are electrocoagulation and continuous contact filtration. Point
of-use treatment will be dealt with in a later section of the paper. 

Continuous contact filtration. A continuous version of direct filtration 
eliminates backwash storage. and all operations are carried out in the one vessel 
(Larsson. 1987). There are no coagulation/flocculation or sedimentation tanks. High 
turbidity waters can be treated with 20-30% less coagulant than is needed for full 
conventional treatment. This Swedish technology is worthy of investigation for water 
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treatment in Australia; two such plants have recently been tnstalled. The method has 
been utilized for treating mintng effluents. 

Coagulation, flocculation and separation all take place in the filter bed. There is 
upflow of the dosed water through the descending sand bed, with the dirtiest sand at the 
bottom being withdrawn and cleaned by a turbulent flow of air and pushed up to a sand 
washer. After washtng it flows down to the top of the bed. Product and wash water are 
taken off continuously at the top of the filter column. 

Electrocoagulation. Galvanic action in a mixture of aluminium and coal particles 
will produce aluminium ions and hence an aluminium floc, while oxygen is reduced to 
water at the coal surface, so that the pH level rises (Collins and Johnson, 1985). 
Clarification can be achieved in a filter bed made up of the mixed particles if there is a 
low flow rate or in a separate vessel/filter at high flow rates. The approach is under 
further study at CSIRO (Kolarik and Chin, 1987). 

Disinfection 

Of the range of chemicals available, chlorine is the most effective in terms of 
minimum THM formation, residual protection and cost effiCiency, provided that adequate 
colour removal has been achieved beforehand. All methods require a low turbidity in the 
water for reasonable dose levels and effiCient kills of microbes. 

Chloramination is an age-old process which fell tnto decline but is now being 
resurrected. It is not as simple operationally as chlorination, but has high persistence so 
it is relevant for long pipeline systems, and also for poor quality waters which give high 
THMs with chlorine. Concurrent addition of ammonia and chlOrine is the best approach, 
but there are a number of problems, tncluding odours, nitrification, corrOSion, fish kills 
and reqUirements for kidney dialysis users. 

Chlorine dioxide gives better virus and bacteria kills than the preceding reagents, 
and does not intensifY odour problems. It does not react with ammonia, nitrogen 
compounds or phenols. However, it is costlier than most other reagents, being made from 
chlorine and sodium chlorite. 

Ultraviolet light definitely demands a low turbidity water and Is not often used on 
the large scale. There is no residual, so chlOrine must be added afterwards. 

Ozone is very effective and removes taste and odour compounds as well, but it 
results in a more complex process, is costly to use and leaves no residual. which must be 
provided separately with chlorine. Preozonation enhances flocculation. and its use for 
this purpose is expanding (Glaze. 1987). 

REMOVAL OF SALTS, HARDNESS, TASTE AND ODOUR 

The removal of dissolved contaminants requires quite different procedures. The 
needs are not as pressing in Australia as they are for the removal of insoluble impurities. 
which are generally a more immediate health hazard. Included in this category are 
alkalinity. heavy metal ions. radioactive species. nitrate and fluoride. 

DesaUnation 

Australia has a long desalting history. going back to the turn of the century. In 
the goldfields of Western Australia distillation of saline ground water was practised, but 
the efforts were short lived because of the scarcity of timber for use as fuel. Long 
pipelines from dams near the coast were the solution of the day. 

Salinity problems exist in all States. with the most marked being in the Murray
Darling Basin, Western Victoria and the south west of Western Australia. There are 
about 60 desalination plants of capacity 10 kL/d or greater. which. although only 1% of 
total world plant numbers. has doubled in the last decade (Bolto. 1984). Most units are 
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installed at sites of mineral developments and tourist resorts, and at off-shore oil 
platforms. 

The predominant techniques are membrane based, especially those for the 
treatment of brackish waters. Here reverse osmosis is the most used (50 units 
apprOximately), although electrodialysis is a recent contender. Ion exchange is applicable 
to dilute waters, but chemical costs make its use uncompetitive. Distillation is only used 
where there is readily available fuel, as at gas fields, and is utilized mainly for sea water. 
Reverse osmosis for sea water is a recent innovation. Desalination is an energy intensive 
process, whatever the type of energy required, and is the most expensive unit process in 
water treatment. 

Reverse osmosis. In reverse osmOSiS, suffiCient pressure must be applied to the 
saline water to force water through a thin nonporous membrane at a suitable rate 
(Crossley, 1983). Three types of membrane materials are used 

• cellulose acetate, which is pH sensitive and susceptible to bacterial attack 

• polyamide, which is chlorine sensitive and subject to biofouling 

thin film composites, such as polyamide on porous polysulphone 

The pressures needed are 2-8 MPa for brackish water, and 7 MPa for sea water. 
Energy recovery systems based on turbines have been developed, but they add to the 
capital costs. Lower pressure membranes are being developed too, which require 40% 
less energy; the recovery of product water is lower though, at 75% instead of 85% in one 
example (Crowdus, 1984). 

Spiral wound formats are the most common (Crossley, 1983). The feed water flow 
is through the end of the spiral roll, along a spacer between the supported membranes, 
through the membranes on either side of the support, and then via the porous support to 
an exit tube in the centre of the roll. 

To miniInize scaling and fouling, pretreatment of the feed water is essential. 
Turbidity and colour should be reduced. Calcium and silica levels are critical, so it is 
deSirable to soften the water or add antiscalant polymers. The latter attach to 
microcrystalline nuclei of calcium sulphate as they form, and hence increase their 
solubility. Soluble iron and manganese need to be removed if air is present in the system. 
IC microbes are present, chlOrine must be added, which with polyamide membranes 
means a subsequent dechlorination step with activated carbon or bisulphite. With 
careful pretreatment up to three years membrane life is possible, which is important as 
membrane replacement accounts for 15% of operating costs. 

The other main format is based on polyamide hollow fibres. These are bunches of 
hollow tubes of outer diameter about 45~. The feed water is applied to the outside 
surfaces and the product water collected from the inside at the end of the fibre bunch. 
Pretreatment is more stringent as cleaning by mechanical means is not easy, although air 
scouring is quite feaSible. It is possible to achieve one to two years life if pretreatments 
are done carefully. 

Electrodialysis, Electrodialysis is a nonpressurlzed membrane technique which 
uses an electrical field to drive anions and cations to the appropriate electrode (McRae, 
l~m. . 

A stack of membranes, alternatively positively and negatively charged, is placed 
between the electrodes. These anion and cation selective barriers result in the solution 
between one pair of membranes becoming depleted in Ions, while the compartments on 
either side become enriched in Ions. 

Each cell, comprising two membranes and two spacers, Is 3 mm thick. They are 
arranged in stacks of up to 500 cells to give a stack height of 1.5 m, which will treat 200 
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kL/d. Pretreatments are simplified by reversing the polarity and the water flow every 20 
minutes to flush out scale. Chemical cleaning is required every few weeks. and electrode 
replacement every 2 to 6 months. 

The plants are more forgiving than reverse osmosis systems; the membranes last 
twice as long and are not prone to silica fouling. but the feed water should still have a low 
turbidity (Nadebaum. 1985). The power requirements are about half those of reverse 
osmosis and are more readily adapted to solar power. The chOice of process depends on 
the character of the raw water. its cost (which makes product recovery important). energy 
considerations and chemical costs. A higher quality of water is possible with reverse 
osmosis. but operation is not as simple (Codina. 1987). Production costs for both 
processes from Australian operating data (Smith and Swinton. 1988) are Similar at $3/kL 
for small plants run without skilled technical support in remote regions. For large scale 
units at power stations where expert attention is provided. reverse osmosis costs are 
lower. at less than $1/kL. 

SIROTHERM ion exchange. Conventional ion exchange is a well established 
procedure for the preparation of high quality waters for boiler feed. Strong electrolyte 
resins of the sulphonic acid and quaternary ammonium type are generally utilized. Each 
requires at least a two-fold amount of acid or alkali for regeneration (relative to the 
stoichiometric quantity) which poses an effluent disposal problem and results in high 
operating costs. The method is too expensive to consider for potable water production. 

CSIRO has developed the SIROTHERM process which employs a mixture of weak 
electrolyte resins; the mixture is not separated for regeneration. which is achieved with a 
mere hot water wash at 80 to 900 C (Bolto and Weiss. 1977). These weak electrolyte 
resins are not always present in the charged form. The adsorption sites arise from the 
transfer of a proton from the acidic to the basic species: 

cold 
HA + B + Na+ + CI- NaA + BHCI (1) 

hot 

The dissociation of the resins does not vary greatly with temperature. but the 
dissociation constant of water increases 30-fold from 25 to 850 C. and the additional 
hydrogen and hydroxyl ions produced can be viewed as the regenerants. The process is 
used for partial demineralization of brackish waters of IDS up to 2000 mg/L to obtain a 
product water of IDS 500 mg/L. It is not used in its own right for making very high 
quality water for boiler feed. 

There is a rate problem with such a process. but this was overcome by using very 
small resin particles of size 1 to 5 1JIIl. with both types embedded within a composite bead 
of normal size (300 to 1200 1JIIl). Continuous rather than batch operation has enormous 
economic advantages (Bolto. 1984). CSIRO has devised a continuous counter current 
system which makes use of magnetic composite beads which contain y-iron oxide and are 
also reduced in Size (200 to 300 1JIIl)' The resin is magnetized and left in that form (in 
contrast with the SIROFLOC procedure). As well as settling rapidly because of magnetic 
flocculation. the particles react rapidly since the flocs can be broken up on stirring. The 
high voidage of the flocs means that they can be directly pumped without great attrition. 
which is a unique feature not found with conventional resins. 

The contactors devised for magnetic resins are sieve-plate columns. with a stirrer 
in each compartment (Swinton et al.. 1983). Two columns are used; one is kept cold. the 
other hot. The cold feed water and the hot water regenerant enter from the bottom. and 
the resin moves downflow through each column. It is fluidized by the upflow of water and 
the agitation prOvided by the stirrers. Truly continuous operation is achieved with no 
flow interruptions. The system is quite dilTerent to other so-called continuous contactors. 
which are mostly intermittent in their operation. 

Continuous magnetic SIROTHERM has been used to desalt 1 ML/d of a brackish 
water at Perth. The feed water is anaerobiC. so no oxygen removal is necessary as would 
be the case with a surface water. The only pretreatment is softening. The magnetic resin 
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contactor has hence been proven on the large scale. Although the raw water is wann at 
4OOC, an 80% yield of 500 mg/L product water is obtained from the 1400 mg/L raw water 
by regenerating the spent resin at the higher than usual temperature of 98OC. 

Costs of desalting brackish water. SIROTHERM has fundamental advantages 
over competing membrane technology because it utilizes the cheapest energy source In 
the form of low grade heat, it removes the minor component rather than extracting the 
water, and it shows economies of scale since it does not Involve a modular system. These 
advantages only become pronounced for large-scale plants, where the capital cost for a 40 
ML/d plant is projected to be half that ofreverse osmosis or electrodialysiS (GutterIdge et 
al., 1983). The capital costs of the latter two techniques are s1m1lar for small-scale 
plants, but electrodialysis is more expensive for larger plants. The operating costs are 
s1m1lar, but SIROTHERM has an advantage ifwaste heat is avallable. 

Hardness Removal 

Treatment for hardness is not carried out very much on the municipal scale In 
Australia, there being about 15 Installations In existence (GutterIdge et al., 1983). For 
permanent hardness, where there is little bicarbonate present, lime treatment plus soda 
ash is employed. For temporary hardness, where the impurities are essentially calCium 
and magnesium bicarbonates, lime addition preCipitates calcium carbonate and 
magnesia. A coagulant aid assists precipitation In these examples. The pH needs to be 
lowered afterwards, and this is usually achieved with carbon dioxide. 

Cation exchange is often done on a household basis, especially In Adelaide. 
Excess brine is the regenerant for the sulphonic acid resin employed. However, these 
days the removal of calcIum by replacement with sodium is not advocated for potable 
supplies on health grounds. 

Dealkalization with a weak acid resin can be applied to bicarbonate waters, and is 
employed as a batch process In three different areas. Charged sItes are formed on the 
resin by the reaction of acid groups with the bicarbonate. CalCium is adsorbed and 
carbon dioxide is evolved. Hence there is a IDS removal by the elimination of calcium 
(and magnesium) bicarbonate, without the addition of other ions to the product water: 

(2) 

The resin is regenerated with mineral acid, but at only about 5% over the stoichiometrtc 
amount. 

The pioneering work on magnetic resin technology was actually carried out on the 
dea1kalization reaction (Swinton et al., 1983). A shell graft resin of size 200 to 300 mm 
was synthesized for the purpose by grafttng polyacrylic acid onto a crosslinked polyvinyl 
alcohol containing y-iron oxide (Bolto, 1983). Because of its open structure, this 'whisker' 
resin reacts five times faster than conventional weak acid resins of the same size. PUot 
plant work on a 50 kL/d scale operated In parallel with an existing batch plant showed 
that the magnetic resin Inventory was 20% of that of the conventional resin In a batch 
system. An additional benefit is that no preclartfication Is necessary with the continuous 
magnetic fluidized bed system. 

Magnetic resins are useful for treating slurries and sludges, and the removal of 
heavy metal Ions from Industrial effiuents and sewage sludge with a magnetic sulphonic 
acid resin is currently under study. Other applications exist for the recovery of chemicals 
In biotechnology and hydrometallurgy. 

Taste and Odour Control 

Taste and odour usually arise from algae and decaying vegetable matter. Algal 
growth can be prevented by limiting the nutrients present In effluents going to sensItive 
receiving waters, but this is difficult if fertUlzers are the source. Copper sulphate may be 
added to reservoirs to mIn1m1ze algal production. Dissolved air flotation can be used to 
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remove algae from drinking water. However. the taste and odour compounds such as 
geosmin and 2-methyllsoborneol. and even algal toxins. may still be present as soluble 
material. These give the water an earthy. swampy taste. Treatment with activated carbon 
is then necessary. as has been found for North Richmond water near Sydney (Nicholson 
et al.. 1987). 

Chlortne can aggravate taste problems. so disinfection is better carried out with 
chlorine dioxide or ozone. Ozonatlon may extend the life of the activated carbon. which 
may counterbalance the additional expense. Ozonation before the activated carbon 
column degrades the offending organics into fragments which are more easily 
biodegradable by the bacteria present In the column (Glaze. 1987). 

Nitrate and Fluoride 

There are needs for the removal of these contaminants from waters In at least 
three States. but such treatment Is not yet practised in this country. Nitrate in drinking 
waters Is of current concern in Europe. Its removal may be accomplished by biological 
denitrification in anoxic systems. A carbon source must be provided for the bacteria. and 
methanol. acetic acid or ethanol are advocated (Solt. 1987). An alternative is to use 
hydrogen gas as the proton donor. and bicarbonate as the carbon source. These 
processes are the subject of full-scale studies; the water must be reoxygenated after 
treatment. For small-scale systems Ion exchange is preferred. with bicarbonate as the 
regenerant. 

ExceSSive amounts of fluoride can be removed by preCipitation with lime if 
magnesium ions are present. The most common method Is ion exchange using either 
bone char or alumina as the adsorbent (US Environmental Protection Agency. 1978). 
Regeneration is with caustic soda. 

Point-or-use Treatment 

Household treatment at the point of use is an in-miniature version of conventional 
technologies. A good quality water for drinking and food preparation is the target. so 
units are generally located under the kitchen sink. For a small capital Investment (up to 
$400 in the US In 1986) one may Install reverse osmosis membranes for desalting or 
adsorbents such as alumina for flUOride. arsenic or selenium. activated carbon for 
organics or ion exchange resins for heavy metal Ions or nitrate (Gumerman et al.. 1986). 
Maintenance and operating costs are high. at an annual value roughly equivalent to the 
outlay for the original unit. It is not possible to optimize the processes though. and 
bacterial growth on the surfaces of the membranes or adsorbents is a problem. Smells 
are created by the dead bacteria. and disinfection Is hard to achieve. End-of-tap units are 
being devised for this purpose. Polnt-of-use treatment is acceptable for isolated 
homesteads. but it is not economic where treatment can be provided on a town basis. 

WATER REUSE 

Treated wastewater is a Significant resource. at least for nonpotable uses. The 
immediate problems are more of promotion and economies. Clearly. improved wastewater 
treatment processes will cut the costs of recycling reclaimed water. Current reuse of 
secondary sewage effiuent in Australia is 4-7%. but it could be raised to 40% as at least 
100 urban centres have such potential (Gutteridge et al.. 1983). Disinfection by ponding 
for 5 to 16 days or chlOrination to the standard of no more than 1000 faecal 
coliforms/loo mL is required. Many towns In Western Australia. South Australia and 
New South Wales practice reuse for: 
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• industrial purposes such as cooling water. minerals extraction and dust 
suppression. 

municipal applications as in road making and fire fighting. 

Reuse is not practical for potable supply at the moment because of concerns over 
micropollutants. viruses. parasite eggs. reliability and cost. 

Eventually the standard of treatment which can be attained at reasonable cost will 
approach that of potable water. when the additional treatment necessary is enhanced by 
the application of cheaper and better methods. Hence the possible future reuse of treated 
wastewater to augment freshwater supplies for potable purposes should be kept under 
continuing review. 

The reuse of industrial wastewater is further advanced. where for economic 
reasons closed-loop systems for water conservation and the recovery of useful chemicals 
is advantageous. Physico-chemical methods are utilized for recovering inorganic and 
organic chemicals from aqueous systems. with recycling of the water (Bolto and 
Pawlowski. 1987). 

The reduction of a person's daily water requirement of five litres to but a thimble 
full per day by recycling is heralded in science fiction for the 25th Century (Herbert. 
1966). The Fremen of Arrakis with their stillsuits reCirculate condensate by breathing in 
through the mouth and out through the nose. where a tube connects to catch pockets. 
Wastes are processed in thigh pads with salt precipitators and high effiCiency fIlter 
systems; osmotic action and breathing motion provide the pumping force. It is hoped 
that the water industry can reflect at least a fraction of this vision in the more inllnediate 
future. 

CONCLUSIONS 

Australia. the driest inhabited continent. has Significant water quality problems. 
Depending on the region. most water quality problems are microbiological. or are caused 
by turbidity. colour. salinity or other dissolved chemicals. The presence of these 
impurities. either from natural causes or as a result of human activities. means that 
treatment is usually essential. 

Techniques for contaminant removal are generally of a physicochemical nature. 
The most widespread needs are for cost-efficient clarification. decolourization and 
disinfection. Methods such as coagulation/sedimentation/filtration can be used In 
different configurations; there are also variants which either rely on magnetic particle 
technology or avoid chemical usage altogether. Choice of the dIsinfection method is 
dictated by the quality of the supply and the desirability of maintaining reSidual 
protection. 

Eliminating dissolved contaminants is best achieved with membranes or by 
adsorption. For desalinating brackish water the optimum method depends on the 
characteristics of the raw water and the size of the operation. with a membrane method 
being the logical chOice. but with adsorption processes based on magnetic particle 
technology having a predicted advantage for very large scale systems of the future. Taste 
and odour control can be a complex issue. but is generally related to the presence of plant 
nutrients; the use of activated carbon Is necessary. with or without preoxidatlon of the 
organic compounds responsible. 

Reuse of secondary sewage effiuent for irrigation. industrial and municipal 
purposes is already practised in most States of Australia. Much greater exploitation of 
this low-grade resource is warranted. Recycling of both water and chemicals present in 
industrial effiuents will become viable as new water treatment technologies are extended 
to effiuent treatment. 
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THE ROLE OF SURFACE AND COLLOID CHEMISTRY 

IN THE SIROFLOC PROCESS 

INTRODUCTION 

David R. Dixon and Luis O. Kolarik 

CSIRO Division of Chemicals and Polymers 
Clayton, Victoria 

SIROFLOC is a water or wastewater treatment process developed at the CSIRO 
Division of Chemicals and Polymers' Laboratories in Melbourne. In common with all 
other treatment methods which seek to remove colour and turbidity from natural waters. 
the SIROFLOC process is an interfacial one dependent for its success upon what happens 
at the various interfaces present within the system. This is a review of the many 
laboratory and pilot plant studies which have been undertaken during the development of 
the SIROFLOC process with the intention of better defining the role of surface and colloid 
chemistry. 

Magnetite added to a raw water can interact with many of the components 
typically present, not only the colour bodies and turbidity particles but also other soluble 
species both cationic and anionic and other colloidal matter. Examination of each 
possible two-component system indicates that the dominant interaction is between 
magnetite and the natural organic compounds. With this basis. a working model has 
been developed of both the clarification and regeneration stages of the process. 

The SIROFLOC process for water clarification possesses a number of advantages 
over conventional water treatment methods for removing collOidal and other impurities 
from feedwaters. It offers greatly improved kinetics of clarification and sedimentation 
which translates into capital cost savings and most importantly avoids problems of sludge 
disposal. The highly concentrated effiuent produced by regenerating the magnetite. is of 
low volume and its disposal is much easier than that of the highly gelatinous sludge from 
conventional plants. 

PROCESS OUTLINE 

A clear picture of the basic steps in the process as currently practised at 
Mirrabooka and Bell Bay in Australia and Morehall in the U.K. can be obtained from the 
block diagram shown in Figure 1 (Dixon and Priestley. 1985). 

Initially. the feedwater pH is adjusted to the optimum value for the process, which 
can vary from 5.0 to as high as 8.5 depending on the particular water. although in 
general. the lower the pH the better the performance. Subsequently. the water Is dosed 
with freshly regenerated magnetite slurry at a rate which can vary from 0.5 to 2.0% w/w 
of the raw water flow. The magnetite must be demagnetized before addition. otherwise it 
clumps together and does not present its full surface area to the water. The 
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demagnetizing happens automatically merely by pumping from the regeneration to the 
clartfication stage. The first period of contact time between water and magnetite can vary 
from 5 to 10 minutes, during which most of the colour and some of the turbidity Is 
removed. PrIor to the second period, a cationic polyelectrolyte Is dosed at a rate which 
can vary from 0.1 to 2.0 mg/L, depending mainly on the level of turbidity In the raw 
water. Polyelectrolyte Is used exclusively as the secondary flocculant. During the second 
period, which can be from 2 to 4 minutes, the final traces of colour are removed and the 
polyelectrolyte firmly binds the remaining turbidity onto the magnetite surface. Total 
contact time In the process is from 7 to 14 minutes. 

The contact steps are followed by separating the magnetite from the clartfled 
water, which has a turbidity generally less than 1 NTU and colour less than 5 Pt-Co 
units. The magnetite Is then cleaned and regenerated prior to reuse, and It Is these steps 
which make the process unique. The magnetite used In the SIROFLOC process, after 
regeneration with caustic soda, acts as a coagulant In its own right and eliminates the 
requirement for conventional coagulants such as alum or ferric chlOride. In regeneration 
there are two different steps. Firstly, the turbidity and colour bodies are stripped off the 
magnetite and, secondly, the magnetite slurry is washed. Regeneration requires a pH 
level between 11 and 12, while the washing step Is usually carned out at a pH level 
between 10 and 11. 

The SIROFLOC process relies on the ability of surface activated magnetite 
particles to destabilize and coagulate colloids and to adsorb colour bodies from the water. 
Reuse of the magnetic adsorbent depends upon the efficiency with which the adsorbed or 
coagulated matter Is released from the magnetite surface In regeneration. 

As outlined In Table 1 the major components of the complex natural system are 
suspended particles of usually clay or silicate minerals, or blocollolds such as algae, 

104 

Dose 
Mognetite 

Wosh 
Mognetite 

Liquid 
effluenl 

Clorified 
woter 

Figure 1. SIROFLOC process block diagram. 



Table 1. Species Conunonly Found in or Added to Natural Waters and their Interaction 
with Magnetite 

Component 

SOLUBLE SPECIES 

Simple electrolytes 

Hardness cations 
Ca2+, Mg2+ 

Heavy metal ions 
Pb2+, Zn2+, Mn2+, Cu2+ 

Anions 
P043-, S042-, Si044-

Organic acids 
humic and fuMc acids 

SUSPENDED SOLIDS 

Clays, silica 

Biocolloids 
algae, viruses, bacteria 

ADDITIVES 

Al3+, Fe3+ salts 

Polyelectrolytes 

Mechanism of 
interaction with 
magnetite 

Electrostatic 

Adsorption 

Adsorption 

Adsorption 

Adsorption 

Heterocoagulation 

HeterocoagulatIon 

Adsorption 

Adsorption 

Slgnificance 

Regeneration 

Treatment of hard 
feedwaters 

Metal ion recovery 
from effiuents 

Removal ofP043- from 
from agricultural 
effiuents 

Removal of colour from 
feed waters, fulvlc acids 
and on occasions pesticides, 
surfactants and other man
made pollutants. 

Removal of turbidity 

Algal harvesting, removal 
of pathogens 

As secondary coagulants 
or surface coatings 

Improved clarification 
and regeneration 

bacteria and viruses, and soluble species both inorganic and organic in character. There 
are the simple electrolytes (Na+, K+, CI-, etc), hardness cations (Ca2+, Mg2+J, heavy metal 
ions and anioniC species such as P043-. S042-, and Si044-, and the largely 
uncharactertzed colour bodies comprtsing organic acids, known generally as the humiC 
substances some of which may be of colloidal dimensions. The mixture may be further 
compUcated by the presence of man-made pollutants in the form of pesticides, herbicides, 
surfactants etc. Furthermore, conventional water and wastewater treatment usually 
involves adding more surface active species in the form of aluminium or ferric coagulants 
and commercial flocculants. In the SIROFLOC process, magnetite of near colloidal 
dimenSion is used instead of the inorganic add1t1ves. Each component is either colloidal 
or surface active and in one way or another influences the interfaces present in the 
system. Thus the SIROFWC process is very much within the realm of surface and collOid 
chemistry Since both the adsorbent and the suspended particles are of collOidal 
dimenSions and the soluble impurtties are removed by adsorption at the magnetite 
surface. Optimization of the process is only achieved by understanding the mechanisms 
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involved and this requires a detailed knowledge of what is happening at the magnetite
water Interface. The approach adopted involved studying the effect of each component on 
the properties of the magnetite surface before proceeding to multi-component systems. 

EFFECT OF SIMPLE ELECTROLYTES 

The effect of increasing ionic strength on the SIROFLOC process should be to 
assist clarification and hinder regeneration. The higher the concentration of a simple 
electrolyte. the lower the effective zeta potential on the turbidity colloids and the greater 
the driving force for coagulation of these particles. In regeneration. with increasing ionic 
strength. the release effiCiency of the coagulated or adsorbed impurities decreases. 

The level of total dissolved solids (TOS) In natural waters is largely determined by 
the rainfall. soil type. vegetation and land use of the catchment area. The best known 
examples of clarification of a water by increasing the TOS level are within river estuaries 
(Sholkovitz. 1976). With the SIROFLOC process there is no scope for controlling the ionic 
strength of the feedwater. however. there are decisions to be made regarding regeneration 
conditions such as pH and the choice of washwater which may be influenced by ionic 
strength considerations. Experiments were carned out In which the ionic strength or 
conductivity and the pH of the regenerant solutions were varied to observe the effects on 
colour and turbidity release with and without polyelectrolyte. 

From results obtained in the absence of polyelectrolytes. it was found that the 
release of both colour and turbidity Increased with increasing pH at the same 
conductivity and decreased with increasing conductivity at constant pH. The fact that 
turbidity release is more sensitive to increasing conductivity than colour release is 
suggestive that only some of the colour bodies can be considered as collOids. The 
presence of polyelectrolytes has little effect on colour desorption but does hinder turbidity 
release. 

In mechanistic terms it seems that the smaller. soluble colour bodies adsorb on 
magnetite by forming complexes. presumably with the iron ions. and can be exchanged 
with hydroxide ions In regeneration. The higher the regeneration pH. the greater is the 
release. Some of the organics are colloidal in nature and their release from the magnetite 
surface is more difficult. requiring electrostatic repulsion which is hindered by higher 
ionic strength. The turbidity particles on the other hand. interact by heterocoagulation 
and their release depends upon both electrostatic repulsion and mechanical separation 
from the magnetite. It is the latter which is most affected by the use of polyelectrolytes. 

Hence in a plant using a flocculant In clarification. regeneration should be 
performed at a suffiCiently high pH to desorb colour despite the slightly harmful effects of 
Increasing ionic strength. For turbidity release. the advantages of higher pH may be 
outweighed by the unavoidably higher ionic strength and therefore the wash water with 
the lowest possible conductivity should be used. 

In practice the chOice of regeneration pH at a plant is determined by both 
operational experience and economic factors such as the cost of alkali. The choice of 
wash water is also limited by the availability of suitable streams. but at the Mirrabooka 
plant when wash waters of different conductivities were compared. no differences In 
regeneration effiCiency were observed. This apparent contradiction with laboratory 
results is attributed to the more vigorous agitation In the plant. Turbidity release is 
simply more dependent upon mechanical rather than electrostatic forces and is enhanced 
by the magnetic drum separators of the plant. This is a timely reminder of the 
difficulties encountered in extrapolating from a laboratory rig to a full-size plant. 

EFFECT OF HARDNESS 

One of the more common components of natural waters is hardness. i.e. the presence of 
significant concentrations of calcium and magneSium iOns. Although the 
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Figure 2. Adsorption density-pH curves for the magnetite-Ca2+ system for 
several different initial calcium ion concentrations. 

effect of hardness on conventional clarification methods is minimal. it was considered 
that this might not be the case for the SIROFLOC process. 

Basic adsorption theory (James. 1973) suggests that uptake of alkaline earth 
cations by an inorganic oxide such as magnetite should be preceded by at least partial 
hydrolYSiS. Even In preliminary experiments it was obvious that adsorption occurred in 
pH regions where the predominant metal ion species were unhydrolysed and the 
magnetite was positively charged. i.e. below the isoelectric point (IEP). Since in this 
region adsorption cannot be due to electrostatic forces. it must result from a specific 
chemical interaction between the cations and groups present on the magnetite surface. 
leading to the formation of surface complexes. 

Evidence for this was found In a combination of adsorption and electrokinetic 
experiments and the results shown in Figures 2 and 3 were obtained (Dixon. 1984. 1985). 
The data indicate uptake of the nonhydrolysed cations even at pH values equal to and 
lower than the IEP. indicating the occurrence of specific adsorption. Consequently the 
surface charge of magnetite becomes more positive and even with relatively low cation 
concentrations charge reversal occurs at pH values above the original IEP of magnetite 
(pH 6.5). 

From these results it is obvious that the presence of hardness In a feedwater to a 
SIROFLOC water clarification plant has significant effects. At the normal clarification pH 
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(about 6.0) for a feedwater with a nonnal degree of hardness there would be little change 
due to the divalent cations. However. a hard feedwater commonly has a natural pH value 
greater than 6.0. whereupon enhanced adsorption of Ca2+ and Mg2+ occurs. increasing 
the positive smface charge on the magnetite and aiding the removal of colour and 
turbidity. Furthennore. in regeneration. the high pH ensures complete adsorption of Ca2+ 
and Mg2+ ions which will certainly reduce the expected negative charge of the magnetite 
at this pH. and may. depending upon the level of hardness present. even cause charge 
reversal. Under these conditions. regeneration and release of the attached colloidal 
impurities would be extremely difficult. For successful plant perfonnance. regeneration 
should be carried out in a soft environment. Le. in the absence of Ca2+ and/or Mg2+. 
These predictions were confinned and their relevance to the practical situation has been 
verified in both laboratory scale experiments and on a plant level (Anderson and Dixon. 
1982). 

EFFECT OF HEAVY METAL IONS 

TranSition metal ions are sometimes present in natural waters. and hydrolysis is a 
major consideration with these ions. In the absence of specific adsorption the lower 
charged. less strongly hydrated. hydrolysis complexes have more favourable free energies 

108 

(a) Magnefjfe alone 

(b) 2.0 x 10-3M 

(c) 5.0 x 10-4M 

+4.0 
(d) 1.25x 10-~ 

(e) 5.0 x 10-5M 

E 
<J 

"' "0 
> 

i 
c. 
<J ., 
'" 0 "' E 3.0 ~ 

~ 

?:' 

.0 
0 
~ 

-4.0 

Figure 3. Mobility-pH curves for the magnetite-Ca2+ system for several different 
initial calCium ion concentrations. 



+4.0 

E 
0 
~ 
0 
> 
a; 
D-
o .. .. ..... 0 E 
=l 

::t. ,. 

.0 
0 
:! 

-4.0 

3.0 

(a) Magnetite alone 

(b) with 5.0 mgtl 504
2 -

(c) with 3.0 mgtl POr 

(d) with 6.0 mgtl P043-

with 10.0 mgtl P043-

9.0 
pH 

Figure 4. MobilIty-pH CUIVes for magnetite (a) alone (b) in the presence of 5.0 
mg/L S042- Ions and (c) in the presence of different concentrations of 
P043-Ions. 

for adsorption at the oxide-water interface due to hydration energy effects (James and 
Healy, 1972). Consequently, It Is only In pH regions where the concentrations of these 
specIes are large that signlflcant adsorption occurs. 

The effect that the presence of low concentrations of heavy metal Ions in the 
feedwater has on the removal of colour and turbidity was investigated. For these 
experiments the water source was the Yarra River with colour of about 60 pt-Co units and 
turbidity of about 14 NIU. As water from this river is generally free of heavy metal ions at 
the sampling point, a spike of 1 mg/L of Zn2+ was added. Magnetite successfully 
removed colour and turbidity at low pH (about 5.0) in the presence of 1 mg/L Zn2+, over 
several cycles of clarification and regeneration. 

EFFECT OF ANIONS 

Many of the above considerations also apply to the adsorption of anions on 
inorganic substrates. Anions such as nitrate and chloride act as indifferent electrolytes 
at oxide surfaces, whereas phosphate anions are lmown to be chemically adsorbed on 
oxides (Stumm, 1981). Referred to as specifically adsorbed anions, they are capable of 
lowering the IEP as a function of anion concentration (as shown in Flgure 4). The 
presence of sulphate ions reduces the magnitude of the pOSitive zeta potential of 
magnetite but has little effect on the IEP, indicating that sulphate ions are not specifically 
adsorbed whereas phosphate ions are adsorbed strongly. 
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ROLE OF ORGANIC ACIDS IN THE SIROFLOC PROCESS 

The unique character of naturally occurring organic compounds has intrigued and 
frustrated researchers over several decades (Stevenson, 1982). These humic substances 
are the ubiquitous end-products of the partial degradation of plant and animal material. 
They are found not only In natural waters but also in soils, sewage and sediments. 

Characterization and even standardization of stock supplies has proved to be very 
difficult. The natural organics are capable of chelaUng metal Ions (Schnitzer, 1969; 
Gjessing, 1976), degrading when treated with disinfectants to form species such as 
trlhalomethanes (Rook, 1974), absorbing pesticides and herbiCides (Hayes, 1970; Adams, 
1973), competing with other anions for adsorption sites (Davis, 1982) and acting as 
surfactants (Visser, 1964; Beckett, this volume). Thus in one way or another humic 
substances Interact with all components of natural waters. 

It Is the latter property of surface activity which is of immediate interest to our 
study. The Importance of organic coatings on particulate matter can best be illustrated 
by the electrophoretic data shown In Figure 5. In this experiment, the mobilities of three 
solids of vastly different character, bentonite, an Impure alumina, and magnetite 
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dispersed in solutions of a commercial humic acid and in Myponga (South Australia) and 
Bell Bay (Tasmania) waters, were measured. The results demonstrate the ablllty of the 
organics in each water to dominate the surface properties, regardless of the nature of the 
onginal substrate. Similar studies on other waters have reached the same conclusion 
(Hunter and Llss, 1979; Beckett, this volume and references therein). Subsequent 
experiments of the same 11k but of far shorter duration produced s1m1lar results. The 
kinetic aspects of this interaction are the subject of a more comprehensive study (Yu et 
al.,1988). 

It must be realized that all the processes occurring at interfaces within natural 
systems and during water treatment are affected by the presence of organic coatings. 
Obviously any laboratory attempt to model clarification of real waters must include humiC 
material. This is true both for conventional coagulation with aluminium or ferric salts 
and for the SIROFWC process. 

In another series of experiments the surface properties of magnetite samples, 
pretreated in different ways, were investigated by streaming potential measurements in 
different solutions or raw waters. The magnetites used were a raw or untreated sample 
with reSidual clay impurities, a thoroughly clean sample, and two other samples with 
inorganic coatings of Mn02 and Si02. The solutions used were prepared from 
commercially available fulvic acid and humic acid and natural waters from Myponga and 
Bell Bay. The results at two different pH values are presented in Table 2. The zeta 
potentials shown were calculated from the streaming potential measurements. 

Table 2. Effects of Humic Substances on the Surface Properties of Different Substrates 

AQUEOUS PHASE 

10·3MKCL 

HUMIC ACID 

FULVICACID 

MYPONGA 

BELL BAY 

FULVICACID 
50mg/L Ca2+ 

MAGNETITE 

Clean 
Raw 
Mn02 
Si02 

Clean 
Raw 
Mn02 
Si02 

Clean 
Raw 
Mn02 
Si02 

Clean 
Raw 
Mn02 
Si02 

Clean 
Raw 
Mn02 
Si02 

Clean 
Raw 
Mn02 
Si02 

ZETA POTENTIAL (mY) 
pH6 pH 8 

+25.5 -14.6 
-29.8 -39.4 
- 8.3 -22.1 
-15.3 -37.1 

-33.6 -33.7 
-33.7 -36.2 
-25.4 -26.4 
-36.6 -36.3 

-33.3 -32.9 
-34.6 -38.7 
-25.4 -27.4 
-32.0 -34.7 

-20.2 -21.6 
-22.1 -22.2 
-18.6 -17.7 
-22.5 -21.4 

-23.2 -25.0 
-24.9 -25.4 
-18.4 -19.3 
-25.1 -27.5 

-18.2 -18.3 
-20.6 -20.5 
-13.8 -14.2 
-19.1 -19.7 
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The data Ulustrate the overriding effect of the organic coating on the colloids which 
ultimately cause them to have similar surface potentials regardless of the nature of the 
original substrate. The exception is Mn02-coated magnetite which has a higher surface 
area (9.1 m2/g compared to 4.0, 2.7 and 4.8 m2/g for clean, raw and Si02-coated 
magnetites respectively). The other comparisons of interest are the less negative 
potentials of collOids in the preconcentrated raw waters than in the prepared solutions. 
Analysis of the feedwaters shows the presence of Ca2+ (47.8 and 6.1 mg/L) and Mg2+ 
(47.9 and 12.2 mg/L) ions in Myponea and Bell Bay waters respectively. This level of 
hardness is obviously suffiCient to reduce the magnitude of the negative potential of the 
surfaces by complexation with groups in the adsorbed organic layer. The addition of 50 
mg/L of Ca2+ ions to the fulvic acid solution Significantly decreased the magnitude of the 
negative zeta potential, as shown at the bottom of Table 2. 

In a SIROFWC plant treating a water of average composition, the surface 
properties of magnetite, in common with all natural particulates, wUl be controlled by the 
adsorbed film of organic material. Any considerations of the clarification mechanism 
must include the concept of a coated magnetite particle. 

INTERACTION OF MAGNETITE WITH TURBIDITY PARTICLES 

Heterocoagulation of natural particulates and magnetite is an important part of 
the SIROFLOC process, which takes place during the premix stage before flocculant is 
added. Published studies of the interactions within mixed collOidal dispersions have 
involved particles such as clays and silica (Depasse and WatUlon, 1970) and more 
recently latices of known and characterized dimensions (Bleier and MatijeVic, 1977) but 
not magnetite. Future studies in our Laboratory wUl investigate the interactions between 
natural particulates and magnetite as a function of parameters such as pH, ionic strength 
and solids ratio, in the presence and absence of humic compounds. 

Preliminary studies using both electrokinetic and optical measurements in a two 
component system (magnetite-bentonite) have highlighted the difficulties involved in 
obtaining reproducible data, although it is already apparent that ionic strength and pH 
are important parameters. It is obVious that further work should make use of better 
defined collOids. It may be necessary to eventually replace not only bentonite with latices 
of different particle size and surface characteristics, but also to substitute magnetic 
latices for magnetite. If successful, this could then be extended to multi-component 
systems, including humic compounds. 

REMOVAL OF BIOCOLLOIDS 

MacRae and Evans (1983,1984) at the University of Queensland have 
demonstrated the ability of magnetite to adsorb and desorb a wide range of bacteria from 
waters or wastewaters. The extent of the interaction between magnetite and the bacteria 
depends upon factors such as pH, ionic strength, hardness, competing colloids, agitation, 
polyelectrolyte dose, solids ratio and magnetite pretreatment. With three adsorption 
stages, the numbers of bacteria in a suspension could be reduced by five orders of 
magnitude, provided there is sufficient adsorption capacity to remove all particulate 
matter. 

MacRae (1985,1986) also showed that by careful chOice of the type of microbe 
adsorbed on magnetite, it was possible to remove unwanted components such as 
pesticides and herbicides from waters. They have removed lindane, 2,4-D and 2,4,5-T, 
and a series of other chlorinated hydrocarbons using the bacterium Rhodopseudomonas 
sphaeroides immobilized on magnetite. There are other projects under way invoking the 
same concept of utilizing magnetically immobilized microorganisms to achieve the 
removal of specific compounds. 

At the same time as the above work with bacteria, Atherton and coworkers (1983), 
also at the University of Queensland, undertook research on the interaction of magnetite 
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with some of the more common viruses found in natural waters. Because of their small 
size and the outer protein coating, viruses behave as charged collOids in aqueous 
suspension. Initial studies involving bacteriophage MS2 showed magnetite to be an 
effiCient adsorbent, dependent upon the usual solution parameters. 

Experiments with radlotracers showed that the virus which is adsorbed at for 
example pH 6, is disrupted at pH 10 when adsorbed to magnetite. In contrast, the free 
virus retains its infectivity at pH 10. This disintegration is of considerable significance as 
it means that magnetite as well as effiCiently removing viruses from waters, on 
regeneration with alkali will release inactive material. 

Similar results were obtained with the human pathogeniC poliomyelitis virus and 
adenoviruS and reovirus. An understanding of the adsorption of virus particles to 
magnetite and the effect of other components such as ions, clay and polyelectrolyte, 
requires a knowledge of the IEP of the virus concerned. The development of methods for 
determining the IEPs of bacteriophages and animal viruses has been reported (John, 
1987). 

USE OF INORGANIC COAGULANT AIDS 

For feedwaters of higher turbidity, it is necessmy to enhance the capacity of 
magnetite as a coagulant-adsorbent by adding a secondary coagulant or floeculant. 
Usually a low dose of cationic polyelectrolyte is added, but one alternative is to use 
aluminium ions. Electrokinetic data confIrm that hydrolysis products of these ions 
adsorb strongly on magnetite depending on both pH and concentration. The nature of 
the anion is an additional parameter which markedly affects the surface properties of the 
system. 

As shown in Figure 6, sulphate, which has little effect on the surface properties of 
magnetite, is potential determining for the magnetite-Al3+ system. A comparison of the 
effect of equivalent amounts of alum and for example aluminium chloride or nitrate on 
the surface properties of magnetite showed that much of the increase in (positive) zeta 
potential achieved by adsorption of aluminium hydrolysis products is negated by the 
subsequent adsorption of sulphate ions. It appears that sulphate ions specifically adsorb 
on Al(OHh coated magnetite, reducing both the positive zeta potential and the IEP. 

However, in jar tests with river waters the above effect of sulphate ions was not 
found, presumably due to the presence of the more strongly adsorbed organiC anions. 
Again this is a reminder of the added complexity of the natural system. It was also 
apparent that aluminium ions only function as secondary coagulants at concentrations 
suffiCient to form significant amounts of hydroxide floes, not at the 1-2 mg/L level where 
they increase the positive zeta potential of the magnetite. 

USE OF POLYMERIC FLOCCULANTS 

Cationic polyelectrolytes were introduced into the SIROFLOC process as an 
alternative secondary coagulant to alum to cope with higher turbidity feed waters. Having 
assisted in clarification, the polyelectrolyte must be such that it does not hinder in 
regeneration. Research to date has concentrated on choosing the best polyelectrolyte, 
commercial or otherwise, on the baSis of continued clarification effiCiency over a long 
period in both jar test experiments and pilot plant operations. Experience has shown 
that in general, chain length is an important conSideration in turbidity removal and that 
charge density is more important for colour removal. The specIfIc structure of the 
polyelectrolyte is also critical, particularly In regard to regeneration performance 
(Anderson et al. 1987). 

The effect that cationiC polyelectrolytes have on the surface properties of magnetite as a 
function of concentration, type of polyelectrolyte and pH was studied with a modified 
streaming potential technique. The collOidal magnetite particles were held in the form of 
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a plug by external magnets and the streaming potential measured as a function of fluid 
flow. induced by applied pressure. The magnetically held plug was found to obey the 
requirements of the streaming potential technique. Before each measurement. there was 
a period of equilibration during which the solution was forced back and forth through the 
magnetite plug. The kinetics of adsorption of the polyelectrolyte were not as fast as 
anticipated and longer equilibration times were needed. 

As shown in Figure 7. treatment of magnetite with a low dose of different cationic 
polyelectrolytes increased the IEP. For the strongly basic polymers of the 
epichlorhydrtn/amine type with increasing molecular weight in the order C573 < C577 < 
C581. this was Significant. With C460. another strongly basic polymer but of the 
acrylamide/ester type the increase is less marked. And with C521. a weakly basic 
polymer of low molecular weight and charge denSity. there is only a very slight change in 
the IEP. 

Regeneration of the magnetite plug by treating it with alkali (O.IM NaOH for 10 
mlnutes) lowered the IEP from the values measured after polyelectrolyte adsorption, as 
shown in Figure 8. For C573. C577. C581 and C521 (0.2 mg/L/g of magnetite) this 
decrease upon regeneration was signlflcantly less than the increase observed after 
adsorption. suggesting that not all of the polymer was desorbed durtng regeneration. 

However. with C460. the IEP of the alkali-regenerated magnetite was much lower 
than that of the original magnetite sample. This could only be due to the presence of an 
anionic impurity on the surface and suggests that the effect of alkali has been to 
hydrolyse the polyacrylamide leaving carboxylate groups which have lowered the IEP. 
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Figure 7. Zeta potential-pH curves for magnetite equilibrated with difterent 
polyelectrolytes at a concentration of 0.2 mg/L/ g of magnetite. 

As might be expected. increasing the time of contact df loaded magnetite with 
O.IM alkali. lowers the IEP. although there seems to be little further decrease after 10 
minutes contact and as noted above some of the polymer remains on the surface. The 
extent of desorption also increases with increasing pH in an almost exponential manner. 

The relatively rapid rate at which the original surface is restored or nearly restored 
is unexpected. Since desorption of a long chain polyelectrolyte is a cooperative event 
(Grant. 1975) it should be a much slower process than adsorption which involves a 
sequence of steps. That this is not observed highlights our lack of knowledge of both 
processes. It may be that some analogy with the magnetlte-Ca2+ system is possible. 
invoking the concept of specific adsorption due to the formation of some surface complex 
with Fe iOns. Subsequent to this rapid step there is a slower process. more akin to the 
theoretical model of polymer adsorption. In regeneration. hydroxide ions may dissolve the 
outer layer of the magnetite surface. releasing the surface complex and partially restoring 
the original magnetite surface. Such a mechanism would not require a cooperative 
unzipping of the polymer from the surface and is consistent with the observed rate of 
desorption. 

OVERALL MODEL 

On the basis of the above data and from experience at both pilot plant and plant 
level it is very apparent that the humic compounds have the greatest Influence on the 
interfaces present within the system and therefore on the effiCiency of the SIROFLOC 
process. 
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The natural organics have the ability to Interact with all the other components of 
the system, determining not only the character of the solids, both the natural turbidity 
particles and the added magnetite, but also the nature of the soluble species. 
Consequently in any future work with multicomponent systems, humic compounds will 
be Included. While each of the other components has some Influence on the efficiency of 
the process, their effects are minor when compared to that of the humic compounds. 

With this background, we have attempted to develop a model of the SIROFLOC 
process as currently practised. In a typical raw water of average colour and turbidity and 
without significant levels of either alkaline earth or transition metal ions, there will be 
present a range of organics, both humic and fulvic types, and a range of particulate 
matter, coated with these organics. 

In the flrst contact stage, the freshly regenerated magnetite will adsorb most of the 
soluble organics and some of the colloidal matter, thereby acquiring a negatively charged 
surface. The cationic flocculant, which is then added Interacts with the rest of the 
soluble organics, the remaining organic coated particles and the partially loaded 
magnetite particles. The polyelectrolyte acts as a bridging agent, and provides the 
additional adsorption capacity needed for adequate clarillcation. 

EffiCient regeneration depends on reversing the above interactions, adding alkali 
provides a large concentration of a strongly competing anion, which exchanges with the 
more soluble organic species on the magnetite surface. Release of the colloidal matter is 
more difficult and requires assistance from both the mechanical and magnetic forces of 
the rotating magnetic drum separators and the hydrodynamic forces of the washing 
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stages. The presence of the polyelectrolyte in regeneration is a hindrance and this fact 
must be taken into account when selection of the dose and type of flocculant is being 
made. 

The presence of other strongly adsorbing components such as calcium Ions or 
tranSition metal Ions or anions such as phosphate in the raw water w1ll alter the above 
simplistic model. 

CONCLUSIONS 

In summary' each of the studies of the two component systems deSCribed above 
has reaffirmed the original premise that water clartflcation by the SIROFLOC process is 
an interfacial phenomenon. and that mechanistic understanding can best be increased by 
further colloid and surface chemical investigations. Application of the results of such 
work to the operation of full-scale plants must be tempered by an appreciation of the 
difficulties of extrapolation and of the complexities of the real system. It is hoped that 
future work w1ll enable the development of a more detailed model. 
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INTRODUCTION 

In the production of clarified water for potable and industrial requirements. the 
role of surface and colloid chemist!)' provides the mechanisms and reactions upon which 
the unit operations for practical engineering are based. The complexity of this role cannot 
be underestimated because some mechanisms and reactions remain the subject of 
conjecture and continued investigation. thus attempts to advance comprehensive theories 
have not been made here. 

Nevertheless there are predominant reactions and mechanisms that occur which 
determine our approach to water treatment practices. This paper attempts to provide an 
understanding of the reactions which contribute to the behaviour of our waters and in 
particular how destabilization mechanisms are utilized in practice. 

Coagulation and flocculation are processes universally employed in the water 
treatment indust!)'. Although loosely interchanged by many. a distinction has been made 
here between the two terms. The majority of components requiring removal in water 
purification processes are of collOidal size and present as a stable dispersion. Since Van 
der Waals forces tend to lead to agglomeration (I.e. flocculation) of particles. stability of 
the dispersion requires particles to repel each other which they do by carrying a nett 
electrostatic charge. Two groups of collOids (hydrophilic and hydrophobic) commonly 
encountered in water treatment. have been described below.as has the origin of the 
surface charge and its contribution to the stability of these collOidal dispersions. This 
has been the subject of continual review (Overbeek. 1977; Lyklema. 1981) and in addition 
much attention has been given to the characterization of colloidal components and the 
determination of the functional groups present. particularly in the hydrophiliC organics 
which contribute to colour and haloform formation during chlOrine diSinfection processes 
(Sinsabaugh et a!.. 1986; Christman et a!.. 1983). In this paper the mechanisms for 
destabilization of hydrophilic collOids have been reviewed and the observation made that 
the total coagulant dose must account for the inherent plus preCipitated turbidity loads. 
Investigations by Bursill et al. (1985) and Sinsabaugh et al. (1986) into the effectiveness 
of colour removal by coagulation show that the nature of the organics has a bearing on 
treated water quality. Examination of the mechanisms of destabilization of hydrophobic 
colloids present in natural waters reveals that the ultimate requirement to allow particle 
coagulation is for charge neutralisation. but the mechanism is dependent on such factors 
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as colloid type, particle concentration, pH and coagulant concentration. The Importance 
of the rate of adsorption is highlighted by the concept of "adsorption destabilization" as 
advanced by Bratby (1980). 

The nett effect of these factors is to delineate zones of destabilization and 
restabillzation (coagulation domains) and those that are expected in practice are detailed 
after Hutchison et al. (1985). Anions present are shown to influence coagulation by 
extending the range of optimum destabilization pH (sulphate) or by shifting the optimum 
destabilization pH (phosphate). The action of metal ion coagulants as a prlmary 
participant in coagulation/flocculation processes is linked to their ability to form 
multicharged polynuclear complexes with enhanced adsorption properties in aqueous 
systems. Choice is generally a balance of cost and effectiveness. 

In this paper the stages of flocculation are reviewed. EffiCient and intimate 
coagulant contact has been highlighted as the key parameter during the first perikinetlc 
flocculation stage. Time and velocity gradient factors determine the rate and extent of 
particle aggregation during the next step deSignated the orthokinetic flocculation stage. 
The work of Mitsuo (1977) has been highlighted in promoting a third designated stage, 
mechanical syneresis, which is akin to a dewatering stage promoted by closer particle 
contact. Thus the many surface and near surface reactions in the colloidal realm play an 
Important role in shaping the nature of our waters and water treatment processes. 

COAGULATION AND FLOCCULATION 

An absolute definition of either terms will not be attempted, suffice to say that 
because of their wide ranging use and understanding, particularly in the water treatment 
industry free interchange of both terms has been the feature of many a discussion. In an 
effort to standardize thinking, in recent times, there has been a general acceptance of the 
following differentiation between coagulation and flocculation which will be the basis for 
terminology used in this paper: 

Coagulation Is the process by which components in a stable suspension or 
solution are destabilized by overcoming the forces which maintain their stability. 

Flocculation is the process by which destabilized particles join together to form 
large stable particles or agglomerates. 

This distinction embraces earlier suggestions by La Mer and Healy (1963) which 
deSCribes the action of simple electrolytes as coagulation and the action of 
polyelectrolytes as flocculation; this earlier definition Implies, correctly we believe, that 
ferric iron and aluminium salts for example act In part via a coagulation-flocculation 
mechanism. 

Before going on to discuss these two processes it Is important to understand the 
nature of these stable systems in the various types of waters which are encountered in 
water treatment practices. 

COLLOIDS AND SURFACES 

Natural waters are composed of suspensions or dispersions and solutions of a 
wide variety of components. Emphasis Is given in this paper to particles generally in the 
size range of 10-1 to 10-6 mm. (It is not unusual in water treatment to encounter 
particles up to 5 mm diameter after coarse screening, but these particles are generally 
removed by entrapment In whatever process Is chosen). The presence and effects of 
soluble species will be dealt with where their influence on surface reactions is Significant. 

Suspended particles or dispersions of particles in the range of 10-1 to 10·3 mm are 
considered the macro particles of water treatment processes whilst those in the range of 
10-3 to 10-6 mm are conSidered colloidal particles. The presence of two distinct phases 
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then distinguishes colloidal suspensions from true solutions. It is at the interface 
between these two phases that the properties of the colloidal dispersions to be considered 
are evident. 

By the very nature of their size colloidal particles exhibit large surface area to 
weight ratios and it is these large surface areas that contribute ultimately to the stability 
of their dispersiOns. 

HistOrically a distinction has often been made between two types of collOidal 
"solutions" or sols. lyophobic and lyophilic which in aqueous systems are given the terms 
hydrophobic (literally water hating) and hydrophilic (literally water loving). The primary 
differences between the two types of sols. are I1sted in Table 1. 

Most natural waters contain species of both types of colloids. therefore 
destabilization mechanisms and reactions are determined by the type and predominance 
of these species. The most popularly believed dominant mechanism for destabilization of 
hydrophobic colloids being a reduction of the nett surface charge to a point where colloid 
particles. previously stabilized by electrostatic repulsion. can approach closely enough for 
London/van der Waals forces to hold them together and allow aggregation. 

The origin of the surface charges contributing to colloid stability is generally 
related to adsorption properties of the surface (Stumm and Morgan. 1962). Other factors 
which can contribute to surface charge are charge Imbalance resulting from lattice 
Imperfections at the solid surface as exhibited by some clays. and chemical reactions at 
the surface. These reactions can either be iOnisation reactions with functional groups or 
coordinate bonding of solutes to the sol1d surface. 

In the realms of water treatment four main processes are of interest: 

• adsorption of organic solutes on organic and inorganic surfaces 
• adsorption of inorganic solutes on organic and inorganic surfaces. 

Table 1. Principle Distinctions Between Hydrophobic and Hydrophilic Sols 

Hydrophobic Sols Hydrophilic Sols 

1. Surface tenSion Similar to 1. Surface tension often lower 
pure water than water 

2. Viscosity similar to water 2. Viscosity much higher than 
water 

3. Small quantities of electro- 3. Small quantities of electro-
lytes added w1ll cause lytes have little effect. 
aggregation Large quantities may cause 

salting ou. 

4. Particles migrate in one 4. Particles may migrate in 
direction in an electric fiel either direction or not at all 

in an electric field 

Examples Examples 

Metals. ores - metal oxides and Gelatin. starch. gums. proteins. 
sulphides. sulphur. silver viruses. bacteria 
halides 
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In natural fresh waters (thereby Implying low electrolyte concentration) we will 
assume the majority of colloidal particles encountered to be nonporous. The above 
adsorption reactions will result In the formation of a monolayer of Ions of opposite charge to 
that of the colloidal solid. because counter-Ion adsorption predominates over co-Ion 
adsorption. This is known as the Stern layer. Outside this layer. a mobile layer will form 
by electrostatic attraction. This 15 known as the diffuse layer and consists of both positively 
and negatively charged species having a nett charge equal and opposite to the surface plus 
Stern layer charge. 

These layers of charge are collectively called the electrical double layer and can be 
represented conceptually as in Figure 1. Most commonly it Is the~e outer layers of diffuse 
charge which by electrostatic repulsion maintain stability of the colloidal dispersion. 

If such particles are subjected to an applied electric field the particles will exhibit 
electrophoresis because displacement of the two layers with respect to each other will 
occur. Because of this the potential difference between the plane of shear and the bulk 
solution. known as the zeta potential. can be derived by a simple relationship. Most often a 
derived quantity such as the measured electrophoretic mobility Is suffiCient to characterize 
this electrostatic effect. 

Zeta potential is a useful tool In providing Information about the nature and stability 
of the surfaces and In the study of adsorption of species from solution. It can also proVide a 
useful empirical means of water treatment process control proViding correlation between 
practical testing. such as jar tests. and changes In raw water properties has been made. 

There Is some conjecture as to whether the principal components causing organic 
colour In natural water and some wastewater. mainly fulvic. hymatomelanlc and humiC 
acids. are collOidal or in true solution. However their large molecular size (either due to 
high MW or aggregation) and the presence of functional groups cause these compounds to 
exhibit some hydrophilic collOidal properties. (See Chapter by Beckett). 

These collOids by definition have a strong affinity for water and may in some cases 
be bound with up to ten times their own weight of water. Also the presence of Ionic 
functional groups resulting from ionisation of adsorbed speCies has been demonstrated 
(Black and Christman. 1963) although In many Instances the effect does not extend beyond 
the hydrated layers. Hydrophilic col1olds owe their stability to a combination of 
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Figure 1. Schematic representation of a negatively charged collOid particle with Its 
associated electrical double layer. 11K represents the diffuse layer 
thickness or Debye-Huckellength (After Prieslng. 1962). 
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this extensive hydration and the usually negative colloid charge contributed by functional 
groups present. 

DESTABILIZATION - COAGULATION OF HYDROPHILIC SOLS 

Because of the hydrated layers present. destabilization by repression of the 
electrical double layer cannot be considered. even though hydrophUic collOids do carry a 
collOidal charge. This charge is in many cases confined within the hydrated layer. The 
negative collOidal charge of hydrophilic colloids generally results from the ionisation of 
ionogenic groups which in the case of organic colour consist principally of carboxyl and 
aromatic hydroxyl groups (Hine and BursUl. 1984). 

For a variety of reasons there is a desire to remove organic colour in potable and 
industrial water production. These include aesthetic. taste. disinfection and industrial 
process considerations as well as their ability to form harmful haloforms by reaction with 
chlorine (Christman et al .• 1983). Although. Sinsabaugh et al. (1986) showed that the 
removal of fuMc acids. the most dominant precursors in untreated waters. did not 
eliminate the presence of precursors for haloform formation in treated waters. 

Destabilization of organic colour follows in a simtlar manner to hydrophilic 
colloids in general and is detaUed by Stumm and Morgan (1962) who demonstrated the 
formation of complexes of metal coagulant ions with functional groups resulting in 
precipitation to form multillgand complexes with hydroxyl (OH-) and water species. This 
metal ion reaction with hydrophilic colloids usually leads to precipitation of the colloid 
into a form that more closely resembles a hydrophobic colloid. which must then be 
destabilized along with other true hydrophobic collOids. The polymeric hydrophilic 
collOidal material that usually contributes to colour and taste can be thought of as 
producing a "coagulant demand" that must be satisfied before free coagulant is available 
for destabilization-coagulation. Thus the total coagulant dose must account for both the 
inherent plus the precipitated turbidity loads. 

In most water systems containing polymeric or hydrophUic colloids it is fortunate 
that the metal precipitates and the inherent turbidity (hydrophobic collOids) respond in a 
simUar fashion to the metal salts added in excess of the demand provided by the colour 
etc. species. Donnan et al. (1981) Ulustrated the nature of such demand by soluble 
polymeric and colour species in their work on paper mUl effiuent coagulation. This 
relationship is supported by the stoichiometric relationship between colour intensity and 
metal ion coagulant dosage for a particular water/colour (Narkis and Rebhun. 1977). 

Ferric iron salts generally have been found to yield lower residual colour than 
aluminium salts primarily because of the stronger complexation with iron. Also the 
optimum colour removal pH for iron salts is lower than for aluminium. Lower pH values 
are required to limit the opportunity ofthe metal ion hydrolysis reaction and promote the 
functional group ligand reaction. 

Black et al. (1963) and also others have shown a direct relationship between water 
colour intenSity and pH depression for efficient destabilization. However. with this and 
other relationships with variables in water treatment processes it is important that 
correlation prediction be confirmed with practical procedures such as jar testing. 

DESTABILIZATION - COAGULATION OF HYDROPHOBIC SOLS 

We have observed how the presence of small quantities of electrolytes can result in 
stability of hydrophobic sols and in some instances contribute to stability of hydrophilic 
sols and have discussed the importance of adsorption at the collOid sunace in 
determining the sun ace charges which lead to this stability. 

Quantitative expression of the theory of colloid stability known as the DLVO 
theory. predicts the effect of increased electrolyte concentrations on colloid stability due 
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to a decrease In the thickness of the electrical double layer. We have discussed how zeta 
potential is a measure of the potential within the double layer and it therefore follows that 
colloid stability is closely related to the zeta potential of the particles. It is expected that 
by shielding the surface charge of the double layer by addition of electrolyte, viz metal 
ions, I.e. to reduce the zeta potential to zero, destabilization will occur. 

However, in the coagulation of aqueous collOidal dispersions with metal ion 
coagulants it is observed on occasions that the relationship between zeta potential and 
colloid stability is not immediately obvious. This is because of the role that adsorption 
plays In destabilization reactions and was advanced by Bratby (1980) as "adsorption 
destabilization" which has the ultimate effect of reducing the effective surface charge 
hence reducing repulsive forces between particles and allowing destabilization and 
coagulation to occur. 

Bridging is also a mechanism resulting from adsorption of hydrolysed metal ion 
coagulants due to tendencies of the hydrolysed species to polymerize thereby bridging 
adjacent particles on adsorption and promoting agglomeration, I.e. flocculation. 

Precipitate enmeshment is another mechanism for removing collOidal particles 
from water and occurs under appropriate conditions of metal ion coagulant concentration 
(usually high) and pH. Formation of metal ion hydroxide preCipitates serve to enmesh 
particulate material by a sweeping action which is usually independent of colloid 
concentration. 

Bratby (1980) has adapted from Stumm and O'Melia (1968) a tabular 
representation of the characteristics of these mechanisms as given in Table 2. 

James and Healy (1972) showed that the adsorption of hydrolysis products of 
metal ion coagulants occurs much more readily than the free aquo metal ion. 

The effect of coagulant dosages is dependent on the predominant mechanism of 
destabilization. Iffor example, reduction of the thickness of the electrical double layer is 
the prtncipal mechanism of destabilization the response to coagulation will occur as 
shown In Figure 2. 

The Critical coagulant concentration (eee) is shown by the inflection point on the 
curve, and because the destabilization is solely charge neutralisation the eee is 
independent of particle concentration and increasing coagulant dose has no effect. It also 
follows that the higher the valency of counter-Ions (coagulant ion) the lower the eee for 
destabilization. 

Often, however, more than one destabilization mechanism is evident and is 
dependent on coagulant concentration, particle concentration and pH. An example of 
this more complex behaviour is shown In Figure 3. 

~ 
is 
iii 
II: 
:J 
I-
..... 
C 
:J 
Q 

iii 
w 
II: 

C,C.C. 
COAGULANT CONCENTRATION (Ct ) 

Figure 2. Destabilization characteristics where repression of electrical 
double layer is the predominant mechanism (Stumm and 
O'Melia, 1968, reprinted by permission Uplands Press Ltd.). 
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With increasing initial coagulant concentration at constant pH, two regions of 
destabilization are obselVed. The first shown as CCCl, represents destabilization by a 
charge reduction or neutralisation mechanism due to adsorption of counter-ion species or 
possibly by bridging of polymeriC metal hydrolysis species. At higher initial coagulant 
dosages restabillzation occurs at CSC, most likely because of charge reversal resulting 
from excess counter-ion adsorption. 

If the initial coagulant dose is Increased sufficiently destabilization again occurs at 
CCC2 as shown, again by two possible mechanisms, the predominance of each being 
dependent on the colloid concentration. At high colloid concentration the predominant 
mechanism will be charge neutralisation or electrical double layer repression. Most likely 
at low colloid concentrations is particle enmeshment by the metal hydroxide precipitates 
in a sweep mechanism. 

The effect of collOid concentration is represented graphically for a given pH value 
In Figure 4. 

At low collOid concentrations (Sl) there is little opportunity for colloid-colloid 
interaction and with coagulant dosage at a predicted stoichiometric level uneven 
adsorption occurs, resulting In some destabilization, but some particles remain stable. At 
a higher dosage the coagulant to collOid concentration ratio Is high and restabilizatlon 
due to excessive ion adsorption occurs. Therefore coagulant concentration must be 
increased to at least C, where metal hydroxide precipitates form and removal is by a 
sweep mechanism. 

As colloid concentration is increased a point, A, is reached where contact 
opportunity is sufficient for hydrolysis species to become adsorbed and effect 
destabilization by charge reduction or bridging, thereby significantly reducing coagulant 
dosage. At concentrations such as S2 destabilization occurs over a relatively narrow 
range of coagulant dosage. Critical coagulant concentration (CCC,) Is much lower than 
for SI, but beyond a critical coagulant dosage (CSC) restabilizatlon occurs and coagulant 
dose must be at least CCC2 for metal hydroxide precipitation. Adsorption destabilization 
is the predominant mechanism In this region and as seen by the linearity of the cUlVe the 
critical coagulant concentration is dependent on collOid concentration. 

At higher collOid concentrations restabillzatlon does not occur. The first effect is 
compression of the diffuse layer of charge and rather than exlensive adsorption occurring 
the closer particle proximity will promote floc formation immediately follOwing destabiliz
ation. As Indicated when discussing Figure 2 colloid concentration has no effect 
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Figure 4. 

51 52 

ZON E1-insufficient 
coagulant 

COLLOID CONCENTRATION (m2/!) 

Effect of colloid concentration. S. and coagulant dosage. Ct. on 
zones of destabilization and restabil1zation at a given pH value. 
Destabilization has occurred in the hatched area (Stumm and 
O·Melia. 1968). 

on the coagulant dosage for destabilization. At very high doses in this region 
destabilization can be effected by metal hydroxide precipitation. 

Healy (1978). in discussing the variables that control the properties of aqueous 
interfaces. demonstrated the almost universal role of pH in controlling electrical 
properties at aqueous interfaces. It is important therefore that we consider the influence 
of pH on destabilization reactions with hydrolysable metal coagulants. 

With the systems predominantly encountered in water treatment operations 
charge reversal of the colloidal dispersion is the feature mechanism of the destabilization 
of colloidal species. Stumm and O'Melia (1962. 1968) showed by example that a critical 
coagulant concentration (CCC) and a critical stabilization concentration (CSC) are 
obseIVed for a given pH and that plots of log CCC and log CSC against pH delineate the 
coagulation domain of the system. It is also shown that CCC and CSC are dependent on 
colloid concentration. 

James et al. (1977) demonstrated that for such systems a simple relationship 
exists between the zeta potential and the coagulation domains in a hydrolysable metal ion 
- colloid system. On the basis ofthis relationship. Hutchison et al. (1985) examined the 
coagulation domains (wnes of destabilization and restabilIzation) as a function of pH. 
colloid concentration. coagulant dose and coagulant type. 

The electrophoretic mobility (which monitors the trends in zeta potential) results given in 
Figure 5 seIVe to illustrate this complex interrelationship. Note that in water the turbidity 
(in this case colloidal silica. chosen to mimiC quite accurately the vast majority of 
turbidity situations encountered in practice) is uniformly negative over a wide pH range. 
coagulation by pH change alone occurring only at a very low pH. The addition of iron or 
aluminium coagulant produces a characteristic change in the surface or zeta potential vs 
pH CUIVe. and at the higher doses includes a negative to positive change in potential and 
then with increases in pH a positive to negative change each passing through zero 
potential as previously demonstrated by Matijevic et al. (1971). 
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Figure 5. Electrophoretic mobility (/lIll s·I/V cm· l ) of silica (0.05 giL) 
as a function of pH and Iron and aluminium dose (in this 
case ferric and aluminium sulphate) (Hutchison et aI.. 
1985). 

Corresponding coagulation domains are shown in Figure 6 and at each dose 
coagulation is obselVed only in the pH range where the zeta potential is near or at zero. 
Of interest is the wider and deeper coagulation domain in the presence of tron coagulant 
and the absence of a stability or dispersion ''window'' as shown in the aluminium 
coagulation domain under identical conditions. 

It is now possible to generalise delineation of coagulation domains which could be 
expected with Fe and AI coagulants in practice as shown In Figure 7. 

The type of domain which could be encountered in practice for any given water 
will depend on: 
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• The total available surface area of dispersed solids in the water. and 

• The total concentration of solutes or "solubles" which can enter into 
precipitation reactions with Fe or AI. 
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Figure 6. Coagulation domains for Iron and aluminium coagulation of 
colloidal silica (0.05 giL) In terms of log (dose) vs pH. Systems 
were coagulated within the shaded region and dispersed 
elsewhere (Hutchison et aI.. 1985). 



Figure 7. 
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Generalised log (dose) vs pH coagulation domains observed 
in Fe and AI coagulation processes for a wide range of 
waters. The systems are coagulated In the hatched area 
and dtspersed elsewhere (Hutchison et a!.. 1985). 

Consider the transition from Type I domain. with a narrow lower pH arm. large 
stability "window" and a sharp rise to a broader high pH arm. to the Type II domain with 
a small (sometimes nonexistent) stability "window" and broad lower and upper pH arms. 
For many waters the transition Is observed when comparing the domains of AI and Fe 
coagulation on the same water. 

Transition from Type I to Type III and from Type II to Type IV Is observed when the 
turbidity or suspended/dtspersed solids concentration Increases or there Is an Increase In 
the total "solubles". With Increases In turbidity and/or precipitation. the domains 
broaden and move to the upper part of the dose range and again the much broader Type 
IV domain Is more characteristic of Fe coagulation when compared with AI coagulation at 
higher turbidity/precipitate levels. Similar coagulation domains were demonstrated by 
Vlk et a!. (1985) In the destabilization of organic colour with metal Ion coagulants. 

INFLUENCE OF ANIONS 

We have already discussed in a limited way the competitive nature of the OH
ligand during precipitation mechanisms between metal Ion coagulants and hydrophilic 
collOids where the displacement of OH- ions by certain anions from the coordination 
sphere of metal coagulant Ions occurs at lower pH values. 

Therefore. (as first put forward by Thomas and Marion. 1946) if the anion Is a 
strong coordinator with the metal coagulant Ion and not readily displaced by OH- ions. 
the pH of optimum destabilization decreases rapidly with Increasing anion concentration. 
but if it is readily displaced by OH- Ion the optimum destabilization pH Increases with a 
very basic anion and decreases with a weakly basic anion. If the anion is a weak 
coordinator with the metal Ion It exerts only slight effects of decreasing optimum 
pH values. 

It then follows that nitrate ion has little influence on coagulation and chloride ion 
will. In relatively high concentrations. shift the optimum pH to the acid side. The effect of 
sulphate and phosphate ions have been examined and are illustrated by the results in 
Figure 8. 

The alum only curve In both cases shows a typically narrow pH zone of optimum 
destabilization with sharp rises along the arms of the upper and lower pH zones of 
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destabilization. The effect of the sulphate ion is to extend the pH zone of optimum 
destabilization towards the acid side. With increasing sulphate ion concentration the 
opportunity for mixed ligand complexes to form also becomes greater. The sulphate ion is 
strongly coordinated with metal ions but weakly basic and at lower pH. OH- Is more 
readily displaced to form (Al)-(OH) complexes. whereas at pH greater than approximately 
7. little effect results because minimal displacement of OH- occurs. At very low pH and 
high sulphate concentration (Al)-(504) complexes predominate which have no significant 
absorptive capacity and therefore little effect on destabilization. 

The effect of increasing the concentration of phosphate ion is to shift the pH rone 
of optimum destabilization to the acid side. At high (7 and above) pH values. the 
principal phosphate species are multicharged and strong coordinators with metal iOns. 
These readily displace OH- from the coordination sphere. but render the complex less 
positive. At lower pH values Singly charged phosphate species predOminate and the 
availability of OH- Is reduced. therefore to retain the same overall charge characteristics 
as at the optimum pH value with phosphate absent. the optimum destabilization pH in 
the presence of phosphate is lower. 
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4 
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Figure 8. Effect of sulphate and phosphate ions on the pH zone 01 
coagulation. Points on the curves for phosphate represent 
alum dose for a 50% turbidity reduction (From Packham. 1963 
and Black et al .• 1933 respectively. Reprinted by permission 
McGraw-Hill Book Co. I. 



METAL ION COAGULANTS 

Two broad categories used in Australia are those metal ion coagulants based on 
iron and on aluminium. Iron coagulants include ferric sulphate e.g. the Tiox1de product 
known as FerriClear (trademark ofTioxide Australia Pty. Ltd.), ferrous sulphate and ferric 
chlOride. The aluminium coagulants include aluminium sulphate, aluminium chloride, 
polyalumin1um chloride (or PAC) and sodium aluminate. 

Cost and effectiveness are the two main reasons for choice of coagulant and the 
other factor pertaining to the two categories of coagulants is their ability to form 
multicharged polynuclear complexes with enhanced adsorption properties in aqueous 
systems. FerriC and aluminium salts in solution form coordination compounds 
[Fe(H20)613+ and [Al(H20)6J3+. During destabilization reactions with hydrophobiC collOids 
there will be stepwise substitution of water molecules by other ligands and ions, 
prinCipally OH-. Hence the importance of pH as a controlling factor. 

The donor capacity of these ligands when coordinated to a metal ion is generally 
available for coordination with another metal ion and will act as a bridge. This is 
exhibited by iron and aluminium hydroxo complexes in their tendencies to form 
polynuclear complexes, illustrated by the simple reaction to form a binuclear iron 
complex. 

2[Fe(H20)50H)2+ ~ [Fe2(H20)8(OHI2)4+ + 2H20 

The structure of which is believed to show bridging of the two Fe ions by two 
hydroxo bridges: 

H 
o 

(H,Ot Fe ( )Fe(H,O~ 
o 
H 

The species of metal hydroxo complexes which form during substitution hydrolysis 
reactions is illustrated for aluminium (Stumm and Morgan, 1962): 

pH and concentration affect the rate of transformation from one species to another 
and during these reactions a number of polynuclear complexes form with the extent of 
polymerization generally becoming greater as the charge per metal ion on the hydroxo 
complexes decreases. 
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Figure 9. Distribution of species for iron and aluminium during 
destabilization (Singley and Sullivan. 1968, 1969). 

The results from Singley and Sullivan (1968, 1969) showing the distribution of 
species for iron and aluminium hydroxo complexes are illustrated in Figure 9. 

A note of interest is the predominance of Fe(OHh at pH 4.0, which is consistent 
with conditions for organic colour removal by precipitation. The prediction for aluminium 
reactions is not so clear because of the greater tendency for formation of polynuclear 
species particularly at low (10-5 to 10-4 M) concentrations. This is partly responsible for 
the narrow pH range of optimum destabilization reactions compared with iron salts, It is 
noted, however, that greater polymerization enhances adsorption destabilization 
reactions. 

FLOCCULATION 

We have previously discussed the reactions and mechanisms which destabilize the 
components we wish to remove in water treatment processes. Following destabilization 
the random collision of particles due to Brownian motion results in formation of "pin" floc. 
This process is called Perikinetic flocculation and is completed within a few seconds 
because of a limiting floc size beyond which Brownian motion has little effect. 

This process occurs in what is usually known as the "flash-mixing" stage of the 
process, so it can be seen that the flash-mlxer, necessruy for efficient and intimate 
coagulant contact, also performs perhaps the most Important operation in water 
treatment. The few seconds mentioned for completion of this process is really determined 
by the reaction times for the various steps involved as summarised in Table 3. 

Careful consideration of flash-mixer choice relative to the dominant destabilization 
reactions determined, should be given. Plug flow mlxers are ideally suited where 
adsorption destabilization reactions domInate, because retention time for all components 
is the same. 

Table 3. ApprOximate Times (Seconds) for Various Reactions Involved in the 
Destabilization Process (Bratby, 1980) 

Mononuclear complex (AlOH2+, FeOH2+) formation 
Polynuclear complexes formation 
Adsorption of above species on collOidal particles 
Changes in electrical double layer structure 
Brownian collision 
Charge changes at particle surface 
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Where mechanisms other than adsorption destabilization (I.e. sweep coagulation. 
sludge conditioning. polyelectrolytes) are dominant an extensive guide to process choice is 
provided by Vrale and Jordan (1971). 

The next stage of flocculation is known as Orthokinetic flocculation and in this 
process further particle contact Is promoted by inducement of velocity gradients either by 
physical obstructions in the flow path (bames. filter media as in direct filtration) or by 
mechanical or hydraulic agitation. The differential particle velOCities thereby create 
opportunity for colllsion and agglomeration. The time and velocity gradient factors 
determine both the rate and extent of particle aggregation. Obviously a high velocity 
gradient (high shear) will induce fast aggregation but will limit particle or floc size. It 
follows that for any given velocity gradient there will be a llmiting flocculation time beyond 
which floc size will not increase. 

A third stage of flocculation has been investigated by Mitsuo (1977) and Is termed 
Mechanical Syneresis. This is defined as the process of exuding water from loose. bulky 
floc to further concentrate the floc particles. The Increases in density then enable more 
effiCient separation of floc and water. The process seems most suited to high turbidity 
water with polyelectrolyte dosing to increase floc particle strength. 

CONCLUSIONS 

The importance of surface and near surface reactions in the make up of our 
natural waters and in shaping our water treatment processes has been discussed. The 
role of destabilization reactions has been emphasised along with the transition from 
stable systems through physico-chemical destabilizations to achieve a stable product of 
those components which we wish to effiCiently separate from the water In the water 
treatment process. 
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Eutrophication, especially of inland waters, has emerged as one of the more severe 
pollution problems in arid nations such as Australia. This is caused mainly by the entry 
of excessive amounts of nitrogen (N) and phosphorus (P) into the waters. Removal of 
compounds of N and P from effiuents is an important factor in preventing eutrophication. 

Biological methods for the removal of nitrogen from sewage via nitrification and 
denitrification are reasonably well understood and are utilized in many sewage treatment 
processes. Biological phosphorus removal is not as well understood and, until recently, 
has received little attention. This is due in part to the prevalence of chemical methods for 
phosphorus removal. Addition of ferric or aluminium salts or of lime to effiuents cause 
precipitation of phosphates which can then be removed from wastewater with sludge. 
But there are many disadvantages in chemical methods, including the increased volumes 
of sludge that have to be disposed of, undesirably high or low pH of the effiuent and very 
high running costs for chemicals and maintenance (Shoda et al.,1980). In fact, in recent 
years, costs of chemical treatment have increased dramatically and alternatives have 
been sought. Conventional biological sewage treatment processes remove 50% or less of 
the phosphorus in sewage. Removals of >900A> are usually required to reach acceptable 
effiuent concentrations of <1 mg/L. In these biological processes, Nand Pare 
incorporated into the biomass produced during oxidation of carbonaceous compounds. 
The amount of P removed will depend upon the requirements for growth of the cells, while 
the percentage removed will depend on the ratio of phosphorus to biodegradable carbon 
present in the influent. Under normal operating conditions the biomass removes about 1 
part phosphorus per 100 parts of organic carbon (Odum, 1959). This is much less than 
the ratio normally found in domestic sewage. 

In the 1960's it was noted in some activated sludge plants in India and in 
America, that removal of phosphorus took place in excess of that needed for the nomIal 
metabolic requirements of the microbiota (Marais et al.,1983). Closer examination of 
these plants revealed that oxygen input had been restricted at the start of the activated 
sludge process, causing anaerobic conditions to develop. A phosphorus prolle across one 
of these plants showed that phosphorus was actually released into solution in the 
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anaerobic zone, but that excess uptake occurred in the aerated areas, i.e. more 
phosphorus accumulated than was initially released. 

There was some controversy as to whether the mechanism for this phenomenon 
was chemtcal or biological. Menar and Jenkins (1970) claimed that phosphorus was 
removed as a result of chemtcal precipitation. They suggested that the aeration process 
stripped metabolically produced C02 from the sludge. causing an Increase In pH and 
inducing precipitation of calcium phosphate which was then removed with waste sludge. 
This model does not explain the requirement for the anaerobic stage. Other workers 
investigated the process further (Carbeny and Tenney. 1973) but have found no 
correlation between pH change and phosphorus removal. No Significant Increase In pH 
was observed during the time that maxlmum phosphorus removal occurred. 

There was also little calcium removal from the liqUid phase during this time. 
Furthermore. extraction experiments showed that most accumulated phosphorus was 
associated with cells and not with extracellular sludge solids and. if biological processes 
were "poisoned" with '2.4.-dlnitrophenol (an uncoupler of oxidative phosphorylation) no 
phosphate uptake was observed. 

This work together with results of several other workers (Barnard. 1976; Hoffman 
and Marais. 1977; Rensink et al .. 1981) have been taken as proof that phosphorus 
removal from activated sludge is a biological process. This removal of more phosphorus 
than is required by the normal metabolic demands of the mtcrobiota Is referred to as 
enhanced biological phosphorus removal. 

These observations caused considerable interest. especially in South Africa. where 
water shortage has led to the construction of dams on many of the rivers and where 
eutrophication Is a major problem. Several sewage treatment plants were constructed In 
South Africa that were designed specifically to remove both nitrogen and phosphorus by 
biological processes (Nicholls. 1975). 

The basic design of these plants Is shown in Figure 1. Figure 1a Is a conventional 
activated sludge plant. This process depends on the formation of a gelatinous floc (the 
activated sludge). of bacteria and protozoa which flocculates particulate and collOidal 
materials. These are then degraded together with soluble biodegradable substances by 
the microorganisms in the floc. Activated sludge therefore has the ability to remove 
collOidal and diSSolved organic material from the liqUid phase to the solid phase. which 
wlll settle out In the clarifier (which is not aerated) (Nicholls et aI., 1984). The 
effectiveness of the process depends on a return of a portion of the settled sludge. with its 
associated mtcroorganlsms, to the aerated zone. to Inoculate the Incoming sewage 
(Tebbut. 1977). 

The process was modified for phosphorus and nitrogen removal by including two 
further zones. the anoxic zone which encourages reduction of nitrate to gaseous nitrogen 
(denitrification) and the anaerobic zone where phosphorus Is released. thus prtmlng the 
cells In some way for uptake in the aerobic zone (Figure Ib). As used In this context. 
anaerobic means lack of oxygen and oxidized nitrogen compounds such as nitrate and 
nitrite and anoxiC means a lack of oxygen. but nitrate and nitrite may be present. 

Some of these plants worked well but others showed poor phosphorus removal. 
The major problem was traced to a failure to achieve strictly anaerobiC conditions due to 
the presence of nitrates In the "anaerobic" zone. High concentrations of nitrate prevented 
phosphate release and without release. no subsequent uptake occurred In the aerobic 
zone. Plants with dilute feed (I.e. low carbon content) also exhibited poor nutrient 
removal. In these cases insuffiCient carbon was available In the feed to allow complete 
denitrification so that the concentration of nitrate In the return feed was high (Nicholls et 
al.. 1984). 1\vo solutions were found: 

1. Discharging the return sludge Into the anoxic reactor. where denitrification 
removes nitrate. and then recycling sludge from this reactor to the anaerobiC zone. 

2. Increasing the carbon content of the feed by adding extra high carbon effiuent. It 
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Configuration of activated sludge plants (A) conventional plant (B) 
plant modified for Nand P removal (anaerobic - no oxygen, nitrate or 
nitrite present: anoxic - no oxygen present: aerobic - oxygenated). 

has been claimed that enhanced phosphorus removal will not occur if the C:N 
ratio of the sewage is <14: 1. But good removal effiCiencies have been noted at 
lower ratios if volatile fatty acids e.g. acetate are present (Barnard, 1984). The 
addition of acid digested sludge to dilute feed has been found to be particularly 
successful. 

However, problems were still encountered in some plants and the actual 
mechanism of phosphorus removal from activated sludge remains controversial. There is 
now much interest in understanding the microbial processes involved, so that better 
control of treatment plants will be possible. 

BIOCHEMISTRY OF PHOSPHORUS UPTAKE BY MICROORGANISMS 

Phosphorus enters microbial cells as orthophosphate, which is utilized to form 
adenosine triphosphate (ATP) (the main energy supply of the cell) and much of thiS ATP is 
used to produce nucleiC acids. ThiS inhibits accumulation of polyphosphates. 

Under some circumstances, however, phosphorus accumulates as polyphosphate 
(or volutin) granules which can be easily visualised microscopically within the cell. If 
growth, and consequently nucleiC acid synthesis stop because of limitation of nutrients 
such as sulphur or nitrogen, competition for ATP is relieved and polyphosphate can 
accumulate. This is known as "luxury uptake". 

In cells that have been subjected to phosphate starvation, the polyphosphate 
uptake system becomes operative. If these cells are then supplied with phosphate it will 
be rapidly taken up and polyphosphate synthesized. This phenomenon is known as 
polyphosphate "overplus" or "overcompensation" (Osborn and Nicholls, 1978). 

Some researchers claim that some microorganisms must be capable of 
polyphosphate accumulation under balanced growth conditions to account for uptake in 
activated sludge (Fuhs and Chen, 1975). 

Polyphosphate is thought to have two major functions: 
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1. It can supply the cell with energy. When polyphosphate Is degraded to 
orthophosphate, energy Is released. 

2. It can supply the cell with phosphorus for metabolic purposes If the external 
supply is low. 

Pilot plant experiments have revealed that low eflluent phosphorus concentrations 
were only possible If polyphosphate-containing bacteria were present (Osborn and 
Nicholls, 1978). The organisms which accumulated polyphosphate were all strict aerobes 
and yet it Is known that polyphosphate removal occurs only in plants with an anaerobic 
zone. 

Most workers have implicated Acfnetobacter as the major genus involved in 
enhanced phosphorus removal (Fuhs and Chen, 1975; Nicholls et at, 1984). While some 
groups have found that Acfnetobacter spp. comprise the greatest proportion of the 
polyphosphate accumulators, most find similar "counts" of these organisms in successful 
and unsuccessful plants (Lotter et aI., 1986). There are several possible reasons for this: 

1. Aclnetobacter spp. have a tendency to clump together when they accumulate 
polyphosphate. This makes accurate "counting" by conventional cultural methods 
difficult. For example, In work carried out In our laboratory we found 
approximately lO-fold fewer Aclnetobacter in sludge from a pilot plant exhibiting 
enhanced phosphorus uptake than there had been In the same plant at start-up 
before enhanced P uptake occurred. However, microscopic observations revealed 
the phosphate accumulating bacteria were present as single, well dispersed cells 
at start-up but formed compact clusters later. Each of these clusters would have 
been counted as a single organism using cultural methods although we estimated 
that each could have contained at least 1000 cells (Vasiliadis et aI., 1987). 
Tetrazolium reduction assays suggest that all the cells in a cluster may be viable. 
This illustrates one of the problems of depending upon cultural methods as most 
early studies did. 

2. Conditions in successful plants may exert positive selective pressure for particular 
subgroups of Acinetobacter that cannot be distinguished from other subgroups by 
conventional biochemical tests. 

3. Acfnetobacter may always be present but may accumulate polyphosphate only 
under very specific conditions. 

Many workers have also observed that the bacterial storage compound, poly-13-
hydroxybutyrate (PHB), accumulates in cells during the anaerobic phase and disappears 
during the aerobic phase, whereas polyphosphate does the opposite (Fuhs and Chen, 
1975; Nicholls and Osborn, 1979). 

Any model of enhanced biological phosphate removal must therefore take into 
account the following points: 

1. The plant must include an anaerobic zone where phosphate release must occur. 
Release Is increased by the presence of acetate. 

2. Nitrate will prevent phosphate release and so no subsequent accumulation Is 
possible. Nitrate inhibition is relieved by high concentrations of carbonaceous 
compounds, especially acetate (Iwema and Meunier, 1985). 

3. The organisms which are capable of polyphosphate accumulation are all strict 
aerobes and accumulation only occurs under aerobiC conditions. 

4. In plants showing enhanced phosphorus removal the microblota accumulates 
PHB during the anaerobiC stage but this Is apparently utilized durtng the aerobic 
phase. 
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Figure 2. Proposed scheme for formation and degradation of polyhdroxy
butyrate (PHB) and polyphosphate by phosphate-accumulating 
organisms grown In alternating aerobic and anaerobic conditions (Pi
orthophosphate) . 

Several models have been proposed to explain biological phosphorus removal from 
activated sludge (Buchan. 1983; Marais et aI.. 1983; Comeau et aI.. 1986); most are 
based on the premise that under anaerobic conditions acetate is produced by 
fermentation by other bacteria. possibly Aeromonas. The acetate is taken up by 
polyphosphate-accumulatlng bacteria (called Bio-P bacteria from here on). Because the 
Bio-P bacteria are obligate aerobes I.e. they require oxygen as the terminal electron 
acceptor for respiration. they are Incapable of regenerating their major energy supply 
(ATP) under anaerobic conditions. Instead. they use polyphosphate as their energy source 
for maintenance of membrane function and uptake of acetate. releasing orthophosphate 
Into the liquid phase. The accumulated acetate is converted to PHB. the storage 
compound observed to build up during the anaerobiC phase. In this way. the cells are 
depleted of polyphosphate. Because they are aerobes. they are incapable of fOrming more 
polyphosphate under anaerobic conditions. They are thus effectively In a state of 
phosphorus defiCiency (despite the high concentration In the surrounding medium) and 
so are derepressed for phosphate accumulation. This is one mechanism whereby 
polyphosphate accumulation could occur via the "overplus" mechanism. once oxygen is 
resupplied. The PHB accumulated in the cells during the anaerobic phase provides the 
cells with a readily utilizable carbon source. so that when oxygen is resupplied. the cells 
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can multiply rapidly without competing with other aerobes for exogenous carbon sources 
and can accumulate polyphosphate by the "overplus" mechanism (Figure 2). 

Controversy stin exists over several stages of this composite model. For example. 
there is dispute over the mechanism of nitrate "poisoning". Some claim that if nitrate Is 
present It can be used Instead of oxygen as terminal electron acceptor In the regeneration 
of ATP and so polyphosphate is not broken down. There is thus no phosphorus 
deficiency and no "overplus" uptake. An alternative view is that if nitrate is present then 
separate nitrate-reducing organisms can compete with the Blo-P organisms for the 
acetate. 

Some workers also claim that an anaerobic stage is unnecessary and that. 
providing acetate is supplied. Blo-P organisms can continue to accumulate phosphorus. 

There Is also dispute over the role of PHB. Some workers have found it 
conSistently In the anaerobic phase. others have not. We can detect PHB In laboratory 
scale systems using sewage as an Inoculum but not when we use pure cultures of Bio-P 
accumulators. Still other researchers claim that PHB synthesis from acetate is not 
possible under anaerobic conditions (Marais et a!.. 1983). 

These points need to be resolved. as do the effects of temperature and Influent 
composltlon. the Importance of nitrate. acetate and of cations such as calCium. 
magnesium and potaSSium. Some workers claim that "overplus" accumulation cannot 
occur In the absence of calCium. others claim that the magnesium and potassium are 
Important In balancing the charge of the polyphosphate. 

CONCLUSIONS 

There is increasing Interest In Australia In the process of enhanced biological 
phosphorus removal. Like South Africa. Australia is a very arid country where low water 
flows can cause severe problems with eutrophication. especially in inland waterways. For 
example. much of the summer flow of the Yarrowee Creek which flows from Ballarat Into 
the Barwin River consists of effiuent from a sewage treatment plant. High concentrations 
of nitrogen and phosphorus In this effiuent will cause severe problems. but to remove 
phosphorus chemically would cost an estimated $200.000-300.000 per annum. This is 
for a community of only 50.000-70.000 people. Biological removal of phosphorus from 
the wastewater is promising but >900Al removal cannot always be obtained In full-scale 
plant operation. None-the-less a pilot scale plant is at present being operated at Ballarat. 

We are at present trying to elucidate the mechanisms of polyphosphate 
accumulation and to reconcile some of the conflicting theories. Greater understanding of 
the process will allow greater control of the activated sludge plants and will therefore 
result In reliable performance. 
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SOME EFFECTS OF DAM DESTRATIFICATION 

UPON MANGANESE SPECIATION 

INTRODUCTION 

Barry Chiswell and Mazlin Bin Mokhtar 

Department of Chemistry 
University of Queensland 
St. Lucia. Queensland 

Although the current World Health Organization recommended limit for 
manganese concentration in drinking water is set to 100 Ilg/L. water authorities in 
Queensland and In other parts of Australia find this figure well In excess of the level of 
manganese they will allow In their treated water. Regular output of potable water with 
100 IJ,g/L of Mn Into a reticulation system is guarantied to lead to black pipe deposits and 
washing stains - the dirty water phenomenon. Thus the Gold Coast City Council In 
Southeast Queensland is currently keeping the allowable Mn level in treated water at less 
than 10 Ilg/L. 

To treat a storage dam as a homogeneous body of water. all of which may be 
drawn upon at any time as a source of potable water. has long been recognized as a 
recipe for major problems (Hutchinson. 1957). A primary classification of a dam identifies 
four hOrizontally stratified regions which are of importance in the study of manganese 
and iron speCiation. These are: 

the epilimnion 
the hypolimnion 
the metallmnion or thermocline 
and the sediment. 

The basis for the stratification of the first three regions given above. was claimed 
to be due to temperature differences in the water body leading to variation of water 
denSity with depth (Allaby. 1977). Although during winter and early spring. natural water 
bodies remain isothermal over their total depth. the onset of warmer weather In the late 
spring is accompanied by heat addition to the upper water level at a rate which exceeds 
the ability of the lower layers to absorb such heat. As the water In the upper zone 
becomes less dense than that below it. the reSistance to mixing Increases. Wetzel (1975. p 
69) notes that a temperature difference of only two or three degrees between the upper 
epilimnic and the lower hypolimnic zones will be enough to prevent complete circulation 
of the entire water column. 

Whereas the period of stratification of dams and lakes In tropical and subtropical areas of 
Australia occurs over the period early spring (September) until the end of autumn (May). 
lakes in the temperate regions of the Northern Hemisphere have much shorter periods of 
stratification. viz. from late spring (May) through to early autumn (September) (McMahon. 
1969; Nyffler. 1983; Chiswell and Rauchle. 1986). Dams In the cooler regions of Australia 
also appear to be stratified over a shorter period of the year (Welsh. 1984. 
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P 58), although it would appear that they are still stratified for up to eight months and 
thus for a longer time than the four to five months for lakes in Northern Europe or 
America. 

Nonetheless, as discussed fully by Wetzel (1975), the results of the annual 
stratification of large bodies of freshwater are much the same around the world, with 
marked similarities In the behaviour of manganese in the water column regardless of the 
geographical location of the water body (Delphino and Lee, 1968; Davison and Woof. 
1984; Davison et aI., 1982; Burns, 1981). The length of the period of stratification in 
warmer climates may create problems for water treatment personnel for a longer period of 
the year. 

We are currently studying manganese speciation In all regions of the dam but the 
work to be described here will not mention sediment speciation. Details of the speCiation 
of manganese in large water bodies has been previously discussed (Chiswell and Rauchle, 
1987). The aim of the work deSCribed here was to study various dam parameters, in 
particular dissolved oxygen and manganese speciation, both before and after artificial 
destratification of the dam by forced aeration. 

EXPERIMENTAL 

Both dams dealt with In this work (Hinze Dam and North Pine Dam) are close to 
Brisbane (within 70 km) and supply water to urban areas in the south east comer of the 
state of Queensland, Australia. 

Sampling of dam water was undertaken uSing a double-Inlet water sampler, while 
temperature and dissolved oxygen measurements were obtained using a submersible 
oxygen/temperature probe. 

Water samples were stored in polythene bottles which had been previously acid 
washed and then thoroughly rinsed in either distilled or "Milli-Q" water. Previous work 
had shown that either water could be used with no variation in the manganese 
concentrations (both soluble and Insoluble) in the sample. 

Filtration of samples was through either 0.45 J.UI1 or 0.01 J.UI1 cellulose acetate 
membranes (SartOrius). The latter filtrations were undertaken using an ultrafiltration 
unit. 

Soluble manganese was determined on HCI-acidified filtrates with a Varian AA875 
spectrometer, using the 279.5 nm emission line and an air-acetylene flame. Insoluble 
manganese was determined by a similar process after dissolution of the membrane and 
residue in concentrated HCI and dilution of the solution to the volume of the Original 
sample from which it came. 

RESULTS AND DISCUSSION 

While the thermocline is well established in Queensland dams from about October 
through May, with large concentrations of 0.45 J.UI1 filterable manganese in the 
hypolimnion, during a brief winter period It disappears and the whole body of the dam 
water becomes more or less homogeneous, taking on many of the characteristics of the 
summer epilimnlc region. Thus, in this winter period, the dam has high dissolved oxygen 
and low dissolved manganese throughout the vertical profile. 

In the hope of restoring homogeneous conditions during summer, engineers have 
attempted to artificially de stratifY the dam by blowing air through the dam waters. An 
aeration system is sunk to near the dam base and air pumped through the water body 
(Hutchinson, 1957). The success of artifiCial destratlfication depends on the design of 
suitable eqUipment for individual dam situations. 
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Figure 1. Typical DO depth profile for a stratified dam (Hinze Dam, 22-1-85). 

Results (Brown et ai., 1982) published on the destratification of Lake Morris near 
Cairns (Northern Queensland, Australia) Indicate that Iron and manganese 
concentrations can be significantly reduced, for example from concentrations of 
manganese at the eight metre depth of approximately 1000 )lg/L down to approximately 
200 ~/L. However, there are some worrying features associated with a steady build-up 
of manganese In the water column during the years following the first clear initial success 
of the project. This is not unexpected, as removal of Mn from the water to the sedimental 
base will, In the long run, yield more sedimental manganese able to be diagenetic ally 
remobilized. Therefore one might expect the program to be a delaying mechanism rather 
than a long-term solution. It should also be pointed out that the total manganese values 
In Lake MOrris are very high, even after destratificaUon, thus the relative success of the 
process is not of great comfort if one wishes to reduce Mn down to below 50 ~/L. 

The movement of the thermocline (based on temperature change) has been used to 
measure the onset of summer stratification, however. descending across the thermocline 
region one also has a lowering of pH and dissolved oxygen (DO) (Figure 1) and a marked 
increase in manganese concentration. 

In our studies upon de stratification and manganese speciation we prefer to see the 
metalirnnlon In terms of an oxycline rather than a thermocline. The oxycline. being the 
region over which there Is a sudden change In DO values, may often coincide with the 
thermocline but Is usually much more clearly defined. 

To demonstrate that Hinze Dam had a typical stratification pattern to Similar 
dams in the south east region of Queensland. some data on a dam some 70 km north 
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Figure 2. Plot of oxycllne movement over a three-year period near middle of dam 
wall (North Pine Dam. 12-7-84 to 13-5-87). 

(North Pine Dam) were obtained. Figure 2 is a plot of the position of the oxycline for 
North Pine Dam near Brisbane over a three year period. The points on the time axis are 
four weeks apart. while the top line shows the lowest depth with high DO. and the bottom 
line the highest depth with low or zero DO. These lines are usually about three metres 
apart and the oxycUne is In this region. When the two lines merge. the dam is fully 
oxygenated to the base - this occurs in winter. The pattern is remarkably regular and to 
check its validity a similar plot was done. but with all the time axis pOints shifted by two 
weeks (Figure 3). It should be noted that this dam was not being artificially aerated 
durtng this study. 
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Figure 3. As for Figure 2. but with sampling dates changed as deSCribed In text. 
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Figure 4. Plot of oxycllne movement over a three-year period at lower raw water 
Intake (Hinze Dam. 10-7-84 to 12-3-87). 

The results are remarkably similar to oxycllne plots for the Hinze Dam before 
artificial destratification was commenced In October 1985. Figures 4 and 5 show the 
change In oxycIlne proflles following October 1985. with full removal of the oxycUne by 
March 1986. These two proflles were developed by plotting results obtained 
approxlmately four weeks apart with the points In Figure 5 all two weeks later than those 
In Figure 4. 
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Figure 5. As for Figure 4. but with sampling dates displaced by two weeks as 
described in text. 
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Destratification of Hinze Dam was continued durtng the summer of 1985-86, but 
an oxycline is stm evident until March 1986 when full aeration of the dam occurred. The 
presence of substantial DO throughout the dam profile was then retained by combinanon 
of aeration and wtnter "overturn" until Januaxy 1987. Problems associated with the dam 
extensions have prevented further work on the dam since then. 

The efficacy of mixing via aeration is probably best seen in the success of redUCing 
the temperature differential between surface and deep waters (Figure 6). This figure 
represents the difference in temperature between the surface and the 18 m depth for the 
dates shown. It can be clearly seen that the October 1985 aeration has an immediate 
mixing effect as shown in this temperature vartation. While in midsummer of 1984-85 the 
temperature differential between surface and 18 m is greatest, by midsummer 1985-86 
this has been markedly reduced. The concomitant raising of the temperature of the lower 
levels of the dam is not without its problems of increased algal growth in the hypolimnic 
regions, such growth leading to mtration problems in the treatment plant. 

The amount of DO increase in the dam is not so easily assessed, however, there is 
a drop in differential between surface and deep waters in DO concentration due to an 
increase in DO at lower levels rather than a decrease at the surface (Figure 7). AgaIn this 
figure represents the difference in concentration of (in this case) DO at the surface and at 
the 18 m level plotted agaInst sampling date. 

The effect upon manganese concentrations is vexy interesting (Figure 8). Each 
point in the figure gives a measure of average manganese concentration down to 15 m, 
obtained by averaging the manganese concentrations found at 0, 3, 6, 9, 12 and 15 m. 

Reference to the pertod October 1984 to July 1985 prtor to the destraUficaUon 
(Figure 8), indicates a normal behavioural pattern of Hinze Dam with regard to seasonal 
variations in manganese levels. By mldsprtng, release of 0.45 lUll filterable manganese 
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hypolimnion waters (18 m depth) over a three year pertod (Hinze Dam, 
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Plot of difference in oxygen concentration between surface and deep 
hypolimnion waters (18 m depth) over a three-year period (Hinze Dam, 
10-7-84 to 12-3-87). 

from the sediment starts to increase the concentration of total manganese markedly, the 
maximum concentration being typically reached in late autumn or even early winter 
(June). At this later time the dam naturally destratifies and becomes oxic throughout the 
water column, with consequent rapid and marked depletion in manganese concentration 
at all levels. North Pine Dam has been shown to follow a very similar pattern of behaviour 
(Mokhtar, 1987). 
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Figure 8. Average manganese concentration in the water column (0 to 15 m) of 
Hinze Dam from 10-7-84 to 12-3-87. 
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When aeration of the dam commenced In October 1985. a rapid Increase In 
soluble and total manganese was achieved in the dam waters. The rapidity of this 
phenomenon was probably due to stirring of the hypolimnic waters by the aeration 
process. It is significant that the 0.45 mm insoluble manganese now is a much greater 
percentage of the total manganese than was the case In the previous year when the total 
manganese was almost entirely made up of soluble manganese. A noticeable odour of 
hydrogen sulphide above the dam water during initial aeration Indicated that base 
sediment had been disturbed Into the water column; such sediments are rich in both 
soluble and insoluble forms of manganese. 

To assess the effect of aeration upon the concentration of total soluble manganese. 
values for this parameter from Figure 8 for the three periods. October 1984 to June 1985. 
October 1985 to June 1986 (10 readings in each period) and October 1986 to March 1987 
(6 readings) were averaged to yield the following: 

1984-85 
1985-86 
1986-87 

187 MIL 
122 Jlg/L 
91 MIL 

These estimates can be used to support the general conclusion that the total 
soluble manganese concentration was reduced by approximately 35% during the 1985-86 
aeration period. and by approximately 50% In the 86-87 period. 

If a similar assessment is undertaken for the concentrations of total manganese 
during the same three periods. the following results are obtained: 

1984-85 
1985-86 
1986-87 

217 MIL 
230 Jlg/L 
170 Jlg/L 

Clearly the overall decrease of manganese In the water column is not marked. 
Indeed aeration In the 1985-86 period may have put more manganese Into the water 
column. 

The fact that Figure 8 clearly shows that after aeration the concentration of 
Insoluble manganese has increased by some orders of magnitude. indicates that there is 
clear change from soluble to insoluble manganese with destratlficaUon. However. if one 
wishes. as is normally the case. to draw water for treatment from just above the 
thermocline. or In a destratlfied dam from a depth of 9 m or above. there are problems. 
The average concentration of manganese In any Corm above the oxycline is much larger 
after destratlfication than before (Figure 9). while the total concentration of manganese 
down to the 9 m depth has not changed. although there is evidence that some soluble 
manganese has been converted to an Insoluble Corm (Figure 10). 

A further serious consequence of the results of this destratlfication/aeraUon 
attempt. which is clearly shown in Figure 8. is the marked fluctuation In concentration oC 
manganese In all its forms during the aeration periods. Such fluctuation does not 
enhance the ease of raw water treatment. 

Work on the Insoluble manganese material (0.45 Jlffi filtration) in the epilimnion of 
North Pine Dam has shown that. In many cases. the manganese In this form is readily 
resolubillzed In dilute magnesium chlOride solution at neutral pH (Mokhtar. 1987). In 
some cases up to 100% dissolves as Mn2+(aq) ions under such treatment. Such work 
would appear to indicate that the Insoluble manganese in the epillmnion of a stratified 
dam is not Mn02. which would not be expected to dissolve by exchange reaction with 
MgCh solution. It would be veIY interesting to see if destratification yields manganese 
OXides which do not resolubillze readily. 

Unfortunately. only some three months of MgCl2 exchange reactions on 
destratified Hinze Dam water insoluble manganese could be undertaken before dam 
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Figure 9. Average manganese concentration in the water column above the 
oxycline of Hinze Dam from 10-7-84 to 12-3-87. 

extensions prevented further work. The results. which will remain incomplete. indicate 
that little exchange occurred and it is suggested that destratification may yield oxidized 
manganese species. This phenomenon may be studied further in future if. and when. 
North Pine Dam is de stratified. 
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Figure 10. Average manganese concentration in the water column down to 9 m 
for Hinze Dam from 10-7-84 to 12-3-87. 
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CONCLUSIONS 

Destratlfication of reseIVoirs by aeration has been used to obtain more consistent 
water quality for treatment to yield potable water. The technique has also been claimed to 
reduce the concentrations of iron and manganese present in the raw water of the dam. 
and consequently to reduce. or even to do away with. the need for a specific precipitation 
process during treatment to remove the metals. 

Our studies on speciation of manganese in Hinze Dam (near Brisbanel. both 
before and after destratif1cation. have shown that the technique may. instead of removing 
the metal as a deposit to the sediments. change the nature of both insoluble and soluble 
fonus of manganese. Therefore. under certain conditions more manganese may be 
present in the raw water after destratlfication than was present before aeration was 
commenced. 

The need for a much better controlled and more detailed study of the processes 
accompanying destratlfication is highlighted. 
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