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The usual perception that the term tropical forests refers to evergreen tropical 
rain or moist forests is inaccurate. The tropical forest biome is, in reality, 
a mosaic of different vegetation entities including, at mid elevations of the 
tropics, the patchy and biogeographically restricted tropical cloud forests 
and, in the lowlands, the rain forest per se and the seasonally dry tropical 
forests (SDTFs). At least part of the biased perception of the term tropi-
cal forest stems from the fact that, by far, tropical rain forests are the most 
studied and, indeed, most popularized among the general public. SDTFs, 
in contrast, have been seriously neglected. For example, only 14 percent of 
articles published on tropical environments between 1950 and 2005 focus 
on dry forests (Sánchez-Azofeifa et al. 2005). Such scientific bias, however, 
determines that our understanding of the planet’s biodiversity, the ecosys-
tem services it provides, and the anthropogenic threats to it in general, and 
to the tropical forest biome in particular, is in turn biased and will remain 
grossly incomplete if we do not pay attention to the SDTFs still present 
in the different parts of the world. The present volume is an attempt to fill 
part of this lacuna in our knowledge on tropical ecology by analyzing the 
ecology and conservation of SDTFs in Latin America. This volume repre-
sents, also, a sequel to the first and only other global synthesis, (Bullock et 
al. 1995) and provides a complement to some recent efforts conducted at a 
more local level (e.g., Ceballos et al. 2010).

SDTFs are forests with a mean annual temperature typically greater 
than 17 degrees Celsius, rainfall ranging from 250 to 2000 millimeters 
annually, and an annual ratio of potential evapotranspiration to precipi-
tation of less than 1.0. However, by far the most distinctive character of 
this forest type is its seasonality, with 4 to 6 dry months (rainfall less than 
100 millimeters), which in turn determines the distinctive phenology of 
the plants and the forest as a whole: an alternating deciduousness during 
the dry season, followed by an evergreen physiognomy during the rainy 
season. Such environmental seasonality represents a unique combination 
of challenges for the living biota contained within SDTFs and, accordingly, 
results in a series of special morphological, physiological, and behavioral 
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adaptations of plants (chap. 8), animals (chap. 5, 6), fungi and soil organ-
isms (chap. 4), and probably microorganisms. The climatic seasonality and 
the coupled seasonality of organisms and their ecological roles determine in 
turn the ecosystem processes (productivity, water and nutrient cycling, etc.) 
that characterize SDTFs (chap. 7–10). 

Beyond their phenology and seasonality, three “macroscopic” features 
define the importance of SDTFs. The first is their wide coverage, encom-
passing 42 percent of tropical ecosystems worldwide, globally represent-
ing the second largest type of tropical forest (Miles et al. 2006; chap. 3). 
Second is their high biological diversity, which, although not comparable 
with the species richness of tropical rain forests, is nevertheless consider-
able (chap. 1, 4, 5, 6, 12). SDTF biodiversity includes other facets of great 
significance, in particular SDTFs’ remarkable concentration of endemic 
species, their diversity of life-forms and functional groups of plants and 
animals (Dirzo and Raven 2003), and their incomparable beta diversity, 
or spatial species turnover (chap. 1). SDTF beta diversity is underscored 
by the high plant species dissimilarity (or floristic distance values) among 
sites, both within a relatively restricted region (e.g., Mexico, with a mean 
dissimilarity of 91 percent among all possible pair-wise comparisons of 20 
study sites; Trejo and Dirzo 2002) and among the 21 major geographic 
nuclei that encompass the SDTF in the Latin American region (with 203 
out of 253 possible pairs having dissimilarity values of more than 70 
percent; chap. 1). The unusual SDTF beta diversity, combined with the 
impressive concentration of endemic taxa (e.g., 60 percent of plant species 
in Mexican SDTF), is an aspect that has important biogeographic (chap. 
2) and conservation (e.g., chap. 12–16) implications. Finally, a third dis-
tinctive feature of SDTFs is their uneven distribution across the tropi-
cal regions of the world. Such forests have a greater distribution in the 
Neotropical and Caribbean region, encompassing approximately 700,000 
square kilometers of land covered by SDTFs, representing 67 percent of 
the global coverage of this ecosystem.

On the other hand, among the region’s tropical forests, SDTFs are 
regarded as the most threatened, with an estimated conversion of at least 
48 percent of its extent into other land uses (Miles et al. 2006), an esti-
mate similar to that of chapter 3, suggesting that only 44 percent of SDTF 
remains in the region (see also chap. 12, which cites an estimate of only 
30 percent). Furthermore, a significant proportion of the remaining area 
of SDTF is fragmented to a varying degree, with important negative con-
sequences on species and genetic diversity (chap. 11), as well as on several 
ecological processes, including species interactions crucial to plant repro-
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Introduction  xiii

duction, plant recruitment, and forest regeneration (chap. 11). In addition 
to land use change, other global environmental changes, in particular cli-
matic change (chap. 16), have the potential to affect the structure, diver-
sity, and functioning of SDTFs as well as the delivery of crucial ecosystem 
services they provide to human societies (chap. 15).

Given the dramatic magnitude of forest conversion and the persist-
ing high rate of SDTF deforestation, coupled with the fact that protected 
areas including SDTF are extremely limited (e.g., only about 6 percent of 
SDTF in Central America has protected-area status; Miles et al. 2006), con-
servation of such vegetation and its biodiversity, ecosystem processes, and 
services will depend on how much SDTF biodiversity can be preserved in 
the mosaic of forest remnants and human-occupied areas—the agroscape 
(chap. 12). Conservation of SDTFs into the future will depend also on the 
extent to which such landscape mosaics can be used as biotic sources for 
restoration of degraded areas (chap. 12, 13) and the extent to which such 
agroscape can be valued for its biodiversity and maintenance of ecosystem 
services (chap. 15). Recent research suggests that SDTF biodiversity con-
servation in the agroscape, although quite challenging, holds high promise 
(chap. 12). Such hope is enhanced by isolated examples that show that the 
useful flora of seasonally dry Neotropical forests is of considerable cultural 
and economic importance (chap. 14). This combination of facts coupled 
with an appreciation of the traditional knowledge of the rural inhabitants 
of SDTF areas suggest that forest management, involving local communi-
ties, has potential to become sustainable (chap. 14).

The exuberant biodiversity of SDTFs and the ecosystem processes that 
characterize them represent an ecological resource we are just beginning to 
learn how to interpret. This is a task we urgently need to confront. We hope 
this volume will contribute to such an endeavor.

We are grateful to the Center for Latin American Studies of Stanford 
University for the support to hold a conference on the ecology and conser-
vation of SDTFs, from which the present volume is derived. We also thank 
Fundación Telmex and Fundación Telcel, from Mexico, for partly sponsor-
ing the production of this volume.





PART I

Seasonally Dry Tropical Forests  
as a Natural System



Neotropical seasonally dry forests are found from northwestern Mexico 
to northern Argentina and southwestern Brazil in separate areas of vary-
ing size (fig. 1-1). Their different variants have not always been consid-
ered the same vegetation type (e.g., Hueck 1978) or biogeographic unit 
(e.g., Cabrera and Willink 1980), but recent work has helped to define the 
extent, distribution, and phytogeography of seasonally dry tropical forest 
(SDTF) as a coherent biome with a wide Neotropical distribution (Prado 
and Gibbs 1993; Pennington et al. 2000; Pennington, Lewis et al. 2006). 
This unified interpretation is important both for biogeographic inference 
and for setting conservation priorities in Neotropical SDTF, which is the 
most threatened tropical forest type in the world (Miles et al. 2006).

Pleistocene climatic changes have been proposed as a possible force 
influencing the overall distribution of SDTF in the Neotropics (Prado and 
Gibbs 1993) and in driving evolution in SDTF plants (Pennington et al. 
2000). Prado and Gibbs (1993) and Pennington et al. (2000) proposed a 
hypothesis in which during glacial times of cooler and drier climate, SDTFs 
were much more extensive than at present, perhaps forming contiguous 
forests across wide areas of the Neotropics. This view of current more- 
restricted areas of SDTF as “refugia” has been challenged by palynological 
studies that suggest the rain forests of Amazonia occupied hardly any less 
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area than today and that the SDTFs of the Bolivian Chiquitano have been 
assembled recently (reviewed by Mayle 2004, 2006).

If there have been connections between some or all of the seasonal 
forests in the Neotropics during recent geological time, we would expect 
to find high floristic similarity among them. Prado and Gibbs (1993) and 
Pennington et al. (2000) highlighted a number of unrelated SDTF tree 
species that are widespread and found in several of the disjunct areas of 
Neotropical SDTF. They argued that these repeated distribution patterns 
were evidence of a once more widespread and perhaps continuous seasonal 
forest formation. These authors failed, however, to place these widespread 
species in the context of the entire woody flora of these areas, and no analy-
ses of overall floristic similarity were presented.

In this chapter, we present a quantitative analysis of floristic similar-
ity of the flora of the major areas of seasonal forests (SFs) in the Neo-
tropics, including those of the floristically and ecologically unrelated but 
geographically adjacent vegetation of the Cerrados (savannas) and Chaco 
woodlands (fig. 1-1). This is the first quantitative analysis of the floras of 
these forests since Sarmiento (1975), who considered genera, and not spe-
cies. Our species-level analysis provides a more fine-grained view of flor-
istic variation. We use an ordination approach to analyze inventory data of 
woody plants from sites throughout Neotropical SDTF and examine the 
implications of the results for (1) patterns of diversity and endemism, (2) 
patterns of floristic relationships, (3) beta diversity, (4) biogeographic his-
tory, and (5) conservation prioritization. 

Quantitative Analyses of Neotropical Seasonally  
Dry Tropical Floristic Nuclei

We define SDTFs following the broad concepts of Beard (1955) and Mur-
phy and Lugo (1995), including tall evergreen SFs on moister sites, at one 
extreme of the series, to thorn woodland and cactus scrub at the other. We 
delimited 21 floristic nuclei of Neotropical SDTF, plus the Cerrado and 
Chaco areas (fig. 1-1). When nuclei are geographically isolated, this defini-
tion was straightforward, and in other cases we used previous phytogeo-
graphical studies that have revealed high affinities between some areas (e.g., 
Gentry 1995) for the equatorial Pacific SDTF in Peru and Ecuador. Pub-
lished and unpublished but reliable tree inventory data from plots and sites 
for each of these regions were then aggregated to produce an initial species 
list for each of the floristic nuclei. Each nucleus’ species list was enriched, 
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whenever possible, with additional information of plants reported for the 
area (e.g., herbarium collections, checklists, and our own field experience). 
We considered plants that are woody and reach at least 3 meters during 
some stage of their life cycle, excluding woody lianas and climbers. Main 
sources of data were Ratter et al. (2003), Linares-Palomino et al. (2003), 
and Oliveira-Filho (unpublished data). The data were homogenized using 
relevant taxonomic literature and online databases (W3Tropicos, IPNI, IL-
DIS) by checking for synonyms and misspellings. Doubtful identifications 
and records were excluded. The taxonomic treatment of families follows 
the Angiosperm Phylogeny Group II classification (APG 2003).

The final dataset included 3839 species from 806 floristic lists (table 
1-1). Classification (UPGMA using group average and TWINSPAN) and 
ordination (nonmetric multidimensional scaling, MDS) analyses using 
standard settings in PC-ORD (McCune and Mefford 1999) were per-
formed on a subset of 1901 species present in two or more floristic nuclei. 

Figure 1-1. Floristic nuclei of Neotropical seasonally dry vegetation used in the 
analyses (SF = seasonal forests).
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The MDS ordination and the UPGMA cluster analysis were performed 
using the Sørensen distance. The same index was used to assess beta diver-
sity among floristic nuclei, allowing comparison of our results with beta 
diversity studies of the Cerrado (Bridgewater et al. 2004).

Each species found in 10 or more floristic nuclei (i.e., widespread spe-
cies) was then annotated as ecologically versatile if it occurred in several for-
est types, including SDTF (e.g., Maclura tinctoria, Trema micrantha; table 
1-2). We also annotated SDTF specialists (e.g., Anadenathera colubrina, Sid-
eroxylon obtusifolium) and SDTF generalists—species that generally grow in 
SDTF but are occasionally found in other vegetation (e.g., Guazuma ulmi-
folia, Tabebuia impetiginosa). Annotation was based on bibliographic sources 
(e.g., Flora Neotropica Monographs) and our own field experience.

Patterns of Plant Species Diversity

Diversity and Endemism

The number of floristic lists per nucleus ranged from 2 to 376 (table 1-1). 
While this does not represent even geographic coverage of inventories, we 
do not believe our results are excessively biased, because nuclei covered by 
few studies often have many species and vice versa. For example, the Peru-
vian Eastern Andean SF nucleus has 101 species from just 2 lists, whereas 
358 species are recorded from 376 lists in the Cerrado. This pattern of 
nuclei with more lists but lower overall species numbers (e.g., Coastal Ca-
ribbean SF, 19 lists, 135 species) and nuclei with a low number of lists but 
high numbers of species (e.g., Bolivian Chiquitanos SF) may reflect several 
historical and ecological factors, including the relative size of the nuclei and 
different rainfall regimes. 

Species numbers ranged from 45 to 1602 per nucleus (table 1-1). The 
percentage of unique species present in each nucleus ranged from 1.9 per-
cent in the Paraguay-Paraná SF to 77.5 percent in the Insular Caribbean SF 
(table 1-1). While these unique species are not strictly endemics (they may 
be present in other areas outside our nuclei), their numbers offer a reason-
able proxy for levels of endemism.

Of the 3839 species, 457 were present in 5 or more nuclei, and only 55 
(1.43 percent of the total; table 1-2, fig. 1-2A) have been recorded in 10 or 
more nuclei. Of the latter, 24 are ecologically versatile species, 22 are SDTF 
generalists, and only 9 are SDTF specialists (table 1-2).

The uneven geographic coverage and heterogeneous nature (from plots, 
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Table 1-1. Geography and diversity of Neotropical seasonally dry floristic nuclei 

Floristic nucleus Geographical location No.  
lists

  No. species

    Orig.         ≥ 2      Uniq. %

Insular Caribbean 
(InsuCari)

Jamaica, Cuba, Haiti, 
Dominican Republic, 
Puerto Rico

8 298 67 77.5 L-P

Mexican Pacific 
(MexiPaci)

Mexican Pacific 
coast (Yucatán not 
included)

8 200 69 65.5 L-P

Central American 
(AmCePaci)

Pacific coast, from 
Guatemala to Panama

17 202 121 40.1 L-P

Coastal Caribbean 
(CoVeCari)

Colombian and  
Venezuelan  
Caribbean coast

19 134 92 31.3 L-P

Llanos  
(VeneLlan)

Northern fringes 
of the Venezuelan 
Llanos domain

3 45 32 28.9 L-P

Colombian  
inter-Andean  
valleys  
(ColoAndV)

Magdalena and Cauca 
valleys in central 
Colombia

5 70 48 31.4 L-P

Equatorial Pacific 
(EcPePaci)

Western Andes in 
Ecuador and Peru

54 308 163 47.1 L-P

Peruvian inter-
Andean valleys 
(PeruAnVa)

Marañon, Mantaro, 
and Apurimac  
valleys in Peru

6 222 119 46.4 L-P

Peruvian eastern 
Andean  
(PeruEAnd)

Tarapoto region in 
northeastern Peru

2 101 64 36.6 L-P

Bolivian inter-
Andean valleys 
(BoliAnVa)

Bolivian eastern 
Andean valleys

4 61 51 16.4 L-P

Bolivian Chiqui-
tanos (BoliChiq)

Santa Cruz province, 
eastern Bolivia

4 307 271 11.7 L-P+O-F

Argentinean  
piedmont  
(ArgePied)

Northwestern  
Argentina

4 169 144 14.8 L-P+O-F

Low Paraguay-
Parana  
(PargParn)

Low course of the 
Paraguay and Paraná 
rivers in Argentina

6 213 209 1.9 L-P+O-F

Pantanal  
(Pantanal)

Forest patches in 
the Pantanal region, 
western Brazil

16 383 360 6.0 O-F

Central-western 
(CentWest)

Forest patches in the 
Brazilian Cerrado 
domain

61 1079 975 9.6 O-F

        

Sources

(table continues)
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Austro-Atlantic 
(AustAtla)

Middle Paraná River 
basin in Paraguay, 
Argentina, and Brazil

72 1187 1000 15.8 O-F

Central Atlantic 
(CentAtla)

Minas Gerais and 
Bahia, east of the 
Espinhaço Range in 
Brazil

56 1602 1179 26.4 O-F

Peri-Caatinga 
(PeriCaat)

Western fringes of the 
Caatinga Domain in 
Central Brazil

20 480 467 2.7 O-F

Northeastern 
Brejo  
(BrejoFor)

Montane Forests in 
the Brazilian  
Caatinga Domain

16 933 796 14.7 O-F

Chaco (Chaco) Northern Argentina 
and Paraguay and 
Southern Bolivia

7 151 100 33.8 L-P+O-F

Cerrado (Cer-
rado)

Woody Savannas 
of Central-Western 
Brazil

376 370 341 7.8 R

Caatinga (Caat-
inga)

Sclerophyllous 
Woodlands of North-
eastern Brazil

38 272 194 28.7 O-F

Carrasco 
(Carrasco)

Ceará and Piauí 
states, Northeastern 
Brazil

4 183 171 6.6 O-F

Abbreviations in parentheses are those used in the ordination and classification analyses. 
Sources: L-P = Linares-Palomino et al. 2003, O-F = Oliveira-Filho (unpublished data), 
R = Ratter et al. 2003.

transects, and floristic lists) of the basic data limit us from objectively com-
paring alpha diversity levels and total species numbers in the SDTF nuclei. 
Our data perhaps are more robust for analyzing patterns of endemism be-
cause some nuclei for which we have few inventories show high numbers of 
unicates (e.g., Caribbean, Mexico), and others for which we have sampled 
far more thoroughly show low numbers (e.g., Brejo and Peri-Caatinga). 
Though the percentage of unicate species varies widely from 1.9 to 77.5 per-
cent, in general it is high, with 12 of 23 nuclei showing greater than 20 per-
cent unicates, suggesting high endemism. While such high numbers of en-

Table 1-1. (continued)

Floristic nucleus Geographical location No.  
lists

     No. species

    Orig.       ≥ 2       Uniq. %       
Sources
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Table 1-2. Ecological characteristics of widespread species in Neotropical 
seasonally dry forests

Species   Family  SDTF 
specialist

SDTF 
generalist

Ecological 
generalist

Acacia farnesiana (L.) Willd. Fabaceae Mimosoideae    
Acacia polyphylla DC. Fabaceae Mimosoideae x
Acacia riparia Kunth Fabaceae Mimosoideae x
Acacia tenuifolia (L.) Willd. Fabaceae Mimosoideae x
Acrocomia aculeata (Jacq.) Lodd. 
ex Mart.

Arecaceae x

Agonandra brasiliensis Miers ex 
Benth. & Hook.

Opiliaceae x

Allophylus edulis (A.St.-Hil. et al.) 
Radlk.

Sapindaceae x

Aloysia virgata (Ruiz & Pav.) A.Juss. Verbenaceae x
Amburana cearensis (Allemão) 
A.C.Sm.

Fabaceae Faboideae x

Anadenanthera colubrina (Vell.) 
Brenan

Fabaceae Mimosoideae x

Apeiba tibourbou Aubl. Malvaceae x
Aspidosperma cuspa (Kunth) 
S.F.Blake ex Pittier

Apocynaceae x

Aspidosperma pyrifolium Mart. Apocynaceae x
Astronium fraxinifolium Schott ex 
Spreng.

Anacardiaceae x

Brosimum gaudichaudii Trécul Moraceae x

Capparis flexuosa (L.) L. Brassicaceae x
Casearia sylvestris Sw. Salicaceae x
Celtis brasiliensis (Gardner) Planch. Cannabaceae x
Celtis ehrenbergiana (Klotzsch) 
Liebm.

Cannabaceae x

Celtis iguanaea (Jacq.) Sarg. Cannabaceae x
Cochlospermum vitifolium (Willd.) 
Spreng.

Bixaceae x

Copaifera langsdorffii Desf. Fabaceae  
Caesalpinioideae

x

Cordia trichotoma (Vell.) Arrab. ex 
Steud.

Boraginaceae x

Genipa americana L. Rubiaceae x
Guapira noxia (Netto) Lundell Nyctaginaceae x
Guazuma ulmifolia Lam. Malvaceae x
Hymenaea courbaril L. Fabaceae  

Caesalpinioideae
x

Luehea candicans Mart. & Zucc. Malvaceae x
Luehea grandiflora Mart. & Zucc. Malvaceae x
Luehea paniculata Mart. & Zucc. Malvaceae x
     (table continues)
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demic species might be produced by recent, rapid evolution, it seems more 
likely that in many SDTF nuclei they represent the result of the considerable 
age of the biome, prolonged isolation, and limited arrival of immigrant lin-
eages by dispersal (Pennington et al. 2009). This view is partly derived from 
the fossil record, which shows evidence for SDTF in the Ecuadorean Andes 

Machaerium acutifolium Vogel Fabaceae Faboideae   x
Maclura tinctoria (L.) Steud. Moraceae x
Myracrodruon urundeuva Allemão Anacardiaceae x
Prockia crucis P.Browne ex L. Salicaceae x
Pterocarpus rohri Vahl Fabaceae Faboideae x
Pterogyne nitens Tul. Fabaceae  

Caesalpinioideae
x

Randia armata (Sw.) DC. Rubiaceae x
Sapindus saponaria L. Sapindaceae x
Sapium glandulosum (L.) Morong Euphorbiaceae x
Sebastiania brasiliensis Spreng. Euphorbiaceae x
Senna spectabilis (DC.) H.S.Irwin & 
Barneby

Fabaceae  
Caesalpinioideae

x

Sideroxylon obtusifolium (Roem. & 
Schult.) T.D.Penn.

Sapotaceae x

Spondias mombin L. Anacardiaceae x
Tabebuia impetiginosa (Mart. ex 
DC.) Standl.

Bignoniaceae x

Tabebuia ochracea (Cham.) Standl. Bignoniaceae x
Tabebuia roseo-alba (Ridl.) Sandwith Bignoniaceae x
Talisia esculenta (A.St.-Hil.) Radlk. Sapindaceae x
Trema micrantha (L.) Blume Cannabaceae x
Trichilia elegans A.Juss. Meliaceae x
Trichilia hirta L. Meliaceae x
Trichilia pallida Sw. Meliaceae x
Urera baccifera (L.) Gaudich. ex 
Wedd.

Urticaceae x

Ximenia americana L. Olacaceae x
Zanthoxylum fagara (L.) Sarg. Rutaceae x

Zanthoxylum rhoifolium Lam. Rutaceae x

TOTAL SPECIES  9 22 24

Table 1-2. (continued)

Species   Family  SDTF 
specialist

SDTF 
generalist

Ecological 
generalist
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(A) 

(B) 

Figure 1-2. (A) Number of nuclei in which each of the 3839 woody species occurs; 
more than 50 percent of species (1938) are unicates, occurring in only one nucleus. 
(B) UPGMA dendrogram. 

(figure continues)
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Figure 1-2. (C) TWINSPAN dendrogram. 

in the late Miocene, 10 to 12 million years ago (e.g., Burnham and Carranco 
2004). Dated molecular phylogenies in general show patterns of speciation 
that predate the Pleistocene and high phylogenetic geographic structure 
where closely related species occupy the same geographic area (see Penning-
ton, Lewis et al. 2006 and Pennington, Richardson et al. 2006 for reviews). 
This view of limited dispersal is corroborated by the contribution of Caetano 
and Naciri in this volume (chap. 2). Their population genetics approach to in-
vestigating the widespread distributions of two SDTF tree species, Astronium 
urundeuva and Geoffroea spinosa, shows high population genetic structure that 
is consistent with limited gene flow between major SDTF nuclei.

Floristic Relationships

The three quantitative analyses we applied to the data consistently iden-
tified four major SDTF regions (fig. 1-2B–D): Caribbean/Mesoamerican, 
Andean (not including Bolivian Andes), Southern South American, and 
Brazilian. The position of the Bolivian Andes nucleus is intermediate, with 
affinities to both neighboring Andean and adjacent lowland sites.

The SDTFs in Mesoamerica have been considered a distinct phyto-
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geographic unit since the studies of Rzedowski (1978) and recent floristic 
data (e.g., Trejo and Dirzo 2002) have confirmed their remarkable plant 
diversity. Likewise, the Caribbean islands are also interesting because of 
their high endemism of vascular plant species (with more than 50 percent 
of approximately 12,000 species endemic) (Santiago-Valentin and Olm-
stead 2004). This fact is also reflected in the SDTF flora by high Sørensen 
distance values with the adjacent Mesoamerican SF (65 to 81 percent) 
and the highest unicates percentage (77.5 percent) in our analyses (table 
1-1). There are, however, surprisingly few studies evaluating large-scale 

Figure 1-2. (D) MDS ordination of the 23 Neotropical seasonally dry floristic 
nuclei. Abbreviations follow those in table 1-1. SDTF groups discussed in the 
text are indicated by uppercase letters and circled by continuous lines. Closely 
related nuclei are indicated by stippled lines. Major SDTF regions are separated 
by broken lines.
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 phytogeographic relationships in the entire Mesoamerican-Caribbean re-
gion (Santiago-Valentin and Olmstead 2004), apart from research on the 
floristic affinities between the vascular floras of the Yucatán peninsula and 
the greater Caribbean islands, particularly Cuba (Chiappy-Jhones et al. 
2001). The only wide-ranging study evaluating the affinities of the SDTF 
floras of the region remains that of Gentry (1995), which was based on 
a rather small sample of transect inventories. Our analyses show strong 
evidence for a floristic connection between the Insular Caribbean SDTF 
(including the Greater and Lesser Antilles) and the Mexican and Central 
American SDTFs (highest Sørensen similarity was with the latter).

Gentry (1982c) noted a strong relationship between SDTF in north-
ern Colombia-Venezuela and the Central American Pacific SDTF, suggest-
ing that the wet Chocó forests in Colombia, which probably constituted 
a major rain forest refuge during glacial dry periods, had functioned as a 
barrier to the drier forests north and south of it (see also Simpson and Neff 
1985). The Chocó has been suggested to have been a low and swampy 
area even before the Andean orogeny (Haffer 1970) and so a barrier to 
SDTF species. Our data support Gentry’s view and also the high dissimilar-
ity of Central American SDTF and the SDTF in coastal Ecuador that he 
discussed (Gentry 1982c).

Our analyses, placing all Brazilian sites (plus the Argentinean, Para-
guayan, and Bolivian Chiquitano area) in the first major UPGMA and 
TWINSPAN divisions, support the floristic relationship of these areas 
within the “Pleistocenic Arc” of seasonal vegetation, as proposed by Prado 
and Gibbs (1993). They also suggested that the SDTF in the dry inter- 
Andean valleys of Peru might constitute remnants of a previously much 
wider expansion of this arc, but the Peruvian Andean areas are resolved 
separately in our analyses, just as Prado (2000) anticipated. Prado (2003) 
proposed several complex migration routes for the floristic elements that 
formed the caatinga, such as the Caribbean route (see also Sarmiento 1975) 
and the Andean route (see also Weberbauer 1914). Nevertheless, few spe-
cies are disjunct between the caatingas and these areas, and our analyses 
show the caatinga to be firmly embedded in the Brazilian group.

Despite being situated adjacent to two major South American sea-
sonal woodland ecosystems (the Chaco and Cerrado), the Chiquitano SF 
is unrelated floristically to either. Killeen et al. (1998) suggested that the 
Chiquitano SF had more in common with the semideciduous forests of 
the Andean piedmont of northwestern Argentina and the Misiones region 
of eastern Paraguay and northeastern Argentina, as well as with the Caat-
inga region of northeastern Brazil. More recently, Killeen et al. (2006) 
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showed the transitional, albeit distinct nature of these forests. Our data, 
showing high Sørensen similarity values with the adjacent Pantanal, Ar-
gentinean Piedmont, and Paraguay-Paraná SF, provide evidence of strong 
floristic relationships. The low-level unicate species in these forests (table 
1-1) provide some support for the view that the Chiquitano forests have 
been assembled recently (Mayle 2006). López (2003) argued that the Bo-
livian inter-Andean dry valley flora was more related to the Chaco and 
other Argentinean SFs. Of the 1156 species he reported for the Boliv-
ian Andean dry valleys, more than half had their northernmost distribu-
tion in central Bolivia and parts of southern Brazil. More recently, Wood 
(2006) showed that the biogeographical relationships of the dry areas in 
the Bolivian Andes were variable and highly dependent on which family 
was studied: Labiatae showed an essentially Andean distribution, suggest-
ing a pattern between SDTF areas similar to that shown by our UPGMA 
analysis. Asclepiadaceae and Acanthaceae instead showed stronger links 
with the lowland vegetation in southern South America (Argentinean SF, 
Chaco, and Cerrado), a pattern suggested by our TWINSPAN analysis. 
It seems that the Inter-Andean Bolivian SFs, due to their geologic and 
climatic history, as well as to their unique position close to major distinct 
biomes, are composed of plant species of variable biogeographic affinity, 
making generalizations difficult.

Weberbauer (1945) proposed that the xerophytic floras of Peru, Bo-
livia, and the Argentinean Chaco are remnants of a formerly homogeneous 
flora fragmented by Andean uplift. More recently, Sarmiento (1975) pro-
posed the existence of a major disjunction, located somewhere in the An-
des of southern Peru and northern Bolivia, separating the dry floras from 
northern Peru to Venezuela from those south and east of Bolivia to Argen-
tina and Brazil. Evidence in support of this comes from Kessler and Helme 
(1999) and López (2003), who were unable to find strong connections 
between the Bolivian inter-Andean dry floras and southern Peru. Unfor-
tunately, the unstable position of the Bolivian inter-Andean valleys in our 
analyses does not confirm or reject any of these theories.

Prado (2000) was able to find clear floristic differences between the 
Chaco (and closely related Chaquenian formations), the Cerrado, and 
South American SDTFs by quantitative floristic analysis. Our results 
agree that the Chaco vegetation has a peripheral position with respect to 
other seasonal forest formations in southern South America. The Cerrado 
woodlands, in contrast, seem to have closer floristic relationships with the 
adjacent Brazilian SF, particularly with those of the Peri-Caatingas, dem-
onstrating the importance of ecological generalists shared between these 
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forests. Several species characteristic of mesotrophic soils in the cerrados 
are also found in adjacent SDTF formations, such as Dilodendron bipinna-
tum (Sapindaceae) and Callisthene fasciculata (Vochysiaceae).

Beta Diversity Levels in SDTFs and Savannas in the Neotropics

As expected, highest distance (or beta diversity) values were found between 
the Chaco and other seasonal forests (table 1-3). Highest similarity (or 
lowest beta diversity) was found between the Central-Atlantic and Aus-
tro-Atlantic SDTFs, the Central-Western and Brejo SFs, and the Central-
Western and Austral-Atlantic SDTFs. There were 61 pairs of nuclei, out 
of 253 possible pairs, that had 90 percent or more dissimilarity, and 203 
pairs had dissimilarity of more than 70 percent. In contrast, only 2 pairs of 
nuclei showed a similarity higher than 70 percent (table 1-3). Beta diversity 
estimates for vegetation units over large geographical areas are rare. One 
such study for the Brazilian Cerrado biome, an area covering some 2 mil-
lion square kilometers (Bridgewater et al. 2004), compared floristic nuclei 
defined in a similar manner with those in this chapter.  Sørensen distance 
values among 6 Cerrado nuclei were 0.38 and 0.74, indicating that the 
Cerrado flora is heterogeneous. Our data present higher distance values 
(table 1-3). Eighty percent of the pairwise comparisons had distances over 
0.70. This high level of heterogeneity reflects both the continental scale of 
the study area and that SDTF exists as scattered areas in comparison to the 
continuous Brazilian Cerrado. However, in SDTF, it is clear that floristic 
similarity can be very low between geographically close areas of SDTF, even 
within some of the nuclei. For example, the similarity between the Mara-
ñon and Mantaro inter-Andean dry valleys in Peru, separated by only about 
400 kilometers, is only 14 percent, with only 16 species shared from a total 
of nearly 200 woody species, and Trejo and Dirzo (2002) showed the aver-
age Sørensen similarity between 20 Mexican SDTF sites (sampled using 
0.1-hectare plots) to be only 0.09. The generally low floristic similarity ar-
gues for lack of recent floristic links and dispersal between isolated SDTF 
areas, as discussed under Biogeographic History below.

Sørensen distance values of the same magnitude as those found be-
tween floristic nuclei in the Cerrado (less than 75 percent, table 1-3) are 
largely confined to comparisons between nuclei resolved in the southern 
South American and Brazilian groups (fig. 1-2B–D). This may reflect the 
relatively high continuity of SDTF in these areas in comparison with the 
more isolated nuclei elsewhere in the Neotropics (fig. 1-1). However, 
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across these areas, SDTF is still scattered compared with the continuous 
area of distribution of the Cerrado, which occupies a similar overall area. 
We therefore believe that the pattern of beta diversity uncovered by our 
analyses lends some support to the contention that SDTF may have been 
more widespread and continuous in dry glacial times in these areas (Prado 
and Gibbs 1993; see Biogeographic History section below).

Bridgewater et al. (2004) also identified a suite of frequently occurring 
species that were dominant (contributing to both high species richness and 
importance value index) in all Cerrado nuclei. This is a similar scenario to 
that found in the rain forests of western Amazonia by Pitman et al. (1999), 
who suggested that most tree species in the region are habitat generalists 
occurring over large areas of the Amazonian lowlands at low densities but 
large absolute population sizes. The presence of such a ubiquitous “oligar-
chy” of species argues for their free dispersal over large areas. There is little 
evidence for any such oligarchy in Neotropical SDTF as a whole, probably 
reflecting limited dispersal between isolated areas. If such an oligarchy ex-
ists, it should be sought in individual SDTF nuclei, or in pairs or suites of 
nuclei shown to be closely related in our analyses.

Biogeographic History

We find little support for a wide-ranging Pleistocene SDTF formation 
throughout the Neotropics or South America, because few species are 
widespread (fig. 1-2A). Moreover, of the 55 most widespread species in 
our data set, 24 are ecologically versatile, while only 9 are SDTF specialists 
(table 1-2). It seems likely that the wide distributions of SDTF specialist 
and generalist species must reflect, at least in part, long-distance dispersal 
events, as has been proposed for similarly widespread rain forest tree spe-
cies (Dick et al. 2003). For SDTF specialist species, these long-distance dis-
persal events must have traversed expanses of non-SDTF vegetation. There 
is a precedent for this role for long-distance dispersal: at higher taxonomic 
levels, transoceanic dispersal events rather than plate tectonics have been 
implicated as the cause of intercontinental distributions in several families 
represented in our data set (e.g., Leguminosae, Rhamnaceae, Annonaceae; 
see Pennington, Lavin et al. 2004, Richardson et al. 2006, and Renner 
2005 for reviews).

It is only within some of the four major SDTF regions identified by 
the quantitative analyses (fig. 1-2B–D) that levels of floristic similarity may 
be high enough to suggest more widespread SDTF vegetation in the past. 
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For example, our analyses do not contradict the idea of a “Pleistocenic Arc” 
of SDTF vegetation (Prado and Gibbs 1993) stretching from the Caatin-
gas south through Brazil to Paraguay and Argentina, because these areas 

Table 1-3. Beta diversity (Sørensen distance) among Neotropical seasonally dry 
forest nuclei 
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AustAtla 0.75 0.89 0.82 0.85 0.85 0.86 0.85 0.87 0.76 0.72
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Abbreviations follow those in table 1.1. Highlighted, underlined values show similarities  
below 10% (i.e., distances above 90%), and values in bold show similarities above 70%  
(i.e., distances below 30%).
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emerge as closely related in our analyses, and floristic similarity amongst 
them is relatively high.

The strongly supported Mesoamerican-Caribbean group that emerges 
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in all analyses probably reflects a Laurasian evolutionary history of the taxo-
nomic groups in the SDTF vegetation of these areas. This is supported by 
molecular phylogenies of several SDTF Laurasian plant taxa that are di-
verse in these northern areas, such as Bursera (Weeks et al. 2005), Leucaena 
(Hughes et al. 2003), and Vigna (Delgado-Salinas et al. 2006). In contrast, 
other SDTF genera such as Coursetia and Ruprechtia have been shown to 
have South American origin, with any Central American species more re-
cently derived (Pennington, Richardson et al. 2004). 

The close relationship of the northern South American nuclei with the 
Mesoamerican and Caribbean area may reflect enhanced opportunities for 
overland dispersal via the Isthmus of Panama since its closure 3.5 million 
years ago as well as stepping-stone dispersal via islands and putative land 
bridges such as GAARlandia, which is hypothesized to have joined north-
ern South America with the Greater Antilles 33 to 35 million years ago 
(Iturralde-Vinent and MacPhee 1999). Dated phylogenies of SDTF groups 
from these areas might distinguish these possibilities.

The grouping of the Peruvian and Ecuadorean sites with the northern 
sites is intriguing as there is no obvious biogeographic scenario to explain 
it. Similarity values between these sites, however, are low and range from 4 
to 23 percent (the highest values being between the Ecuadorean-Peruvian 
coastal SDTF and the Central American/Colombian-Venezuelan Caribbean 
sites) and seem to be a reflection of a few locally common species distrib-
uted from the central Andes northwards (e.g., Stemmadenia obovata, Tabe-
buia billbergii, or Bursera graveolens).

Conservation Implications

Recently, Miles et al. (2006) analyzed the conservation status of extant 
tropical dry forest ecosystems in the world (see also chap. 3). They indi-
cated that (1) the two most extensive contiguous SDTF areas are located 
in South America (northeastern Brazil and southeastern Bolivia, Paraguay, 
and northern Argentina) while most other SDTF areas are fragmented and 
scattered, and (2) more than half (54.2 percent) of the remaining SDTFs in 
the world are in South America. Notably, another 12.5 percent are located 
in North and Central America, making the Neotropics the most important 
SDTF region in terms of extension (66.7 percent of the world’s SDTF). 
They also renewed Janzen’s (1988c) statement that dry forests are the most 
threatened major tropical forest type, based on rates of deforestation but 
also shown by the degree of threat by forest fragmentation, climate change, 
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conversion to agriculture, human population density, and the low level of 
protected areas cover. Our results complement and refine this information 
by showing which areas of SDTF within the Neotropics might deserve 
conservation attention based on floristic distinctness. From the perspective 
of conservation, endemism may be more important than diversity (Gentry 
1995), and our data indicate potentially high endemism for many areas.

The 2006 World Database on Protected Areas (www.unep-wcmc.org/
wdpa/index.htm) lists 153 protected areas (IUCN categories I–IV) in the 
23 SDTF nuclei defined here. Miles et al. (2006) reported percentages of 
protected SDTF of 5.7 percent for North and Central America and 37.8 
percent for South America. The low values for North and Central America 
are not surprising since several studies have reported the rapid rates of de-
forestation of this ecosystem (e.g., Janzen 1988c; Trejo and Dirzo 2000; 
chap. 3). The high percentage of protected areas reported for South Amer-
ica is, however, misleading. For one part, as they state, Miles et al. (2006) 
identified grid cells containing protected areas that also contain SDTF, 
rather than identifying the precise area of SDTF that is protected. For an-
other, most of this percentage is probably contributed by large protected 
areas in the extensive SDTF nuclei in the Caatingas, Coastal Caribbean, 
Bolivian Chiquitanos, and the several Atlantic SDTFs in Brazil. The other 
South American SDTF nuclei have much smaller total areas and are also 
very heavily impacted. Extreme cases are the Inter-Andean SDTFs in Co-
lombia and Peru, both of which show high endemism (30 to 46 percent 
unicate species; table 1-1) but are not covered by any protected areas. Con-
servation measures are urgently needed there, as well as in Mesoamerica.
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Chapter 2

The Biogeography of Seasonally Dry  
Tropical Forests in South America

Sofia Caetano and Yamama Naciri

In the previous chapter much attention was given to the study of the present 
status of the seasonally dry tropical forest (SDTF) in the Neotropics. Nev-
ertheless, a broader picture of this ecosystem requires consideration of the 
historical events governing it. Herein, we address the major biogeographical 
hypotheses concerning the colonization of the SDTF in South America.

Biogeography, being the study of the natural distributions of living 
organisms, addresses the contemporary ecological processes, together with 
the historical changes in landscape and environmental features (Schaal et al. 
1998). The purpose of this chapter is to understand how SDTF colonized 
the continent, especially during the last glacial maximum. We highlight the 
specificity of South America when compared with other continents.

State of Knowledge

Quaternary climatic fluctuations had genetic consequences in boreal, tem-
perate, and tropical zones (Hewitt 2000). For several reasons, including eas-
ier sampling and the availability of pollen cores, Europe and North America 
have been more studied than other parts of the world. The northern con-
tinents were characterized by cycles of south-north recolonizations during 
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the warm periods, often associated with rapid range expansions, followed by 
north-south retreats during the cold periods. In Europe, numerous pollen 
cores indicate that species now inhabiting the boreal and temperate regions 
had their ice age refugia south of the permafrost, in the Iberian Peninsula, It-
aly, the Balkans, and Turkey/Greece (Demesure et al. 1996; Petit et al. 1997; 
Heuertz et al. 2006). In North America, refugia were also located south of 
the permafrost with peculiarities due to the Appalachians running north-
south and to the land mass existing farther south where the Mediterranean 
stands at similar latitudes in Europe. In each case, populations at the north-
ern limit of the glacial refugia are suspected to have expanded to large, open 
zones cleared by ice and permafrost thaw, which allowed for demographic 
and/or range expansions. The cold periods had the reverse effect, with de-
mographic and/or range contractions associated with genetic drift (Jesus et 
al. 2006). Rapid range expansions are expected to have reduced the level of 
genetic heterozygosity with a concomitant reduction in allelic diversity. This 
colonization pattern should therefore lead to large genetically homogenous 
patches, as suggested by theoretical and simulation studies (Ibrahim et al. 
1996; Le Corre et al. 1997; Klopfstein et al. 2006). This was confirmed by 
numerous empirical studies that show a latitudinal loss of genetic diversity 
(Demesure et al. 1996; Sewell et al. 1996; Petit et al. 1997; Hewitt 1999, 
2000; Heuertz et al. 2006). Still, other studies show more complex patterns 
due to the shaping of modern genetic structure over multiple glacial-intergla-
cial cycles (Jesus et al. 2006; Magri et al. 2006) or to the existence of cryptic 
glacial refugia in small and localized northern spots that remained unglaci-
ated (Provan and Bennett 2008). The expectation of a higher diversity in the 
southern refugia has also been sometimes refuted, for instance when lineages 
originating from different refugia came into contact during the recoloniza-
tion process and then produced a higher diversity in the north compared 
with the south (Comps et al. 2001). The basic expansion-contraction model 
initially stated is therefore growing in complexity, as studies accumulate on 
different taxa.

Colonization Hypotheses in South America 

The climatic changes during the Pleistocene were less severe in South 
America than in the northern continents, with the ice sheets and the perma-
frost never reaching the lowlands. The consequence of this particularity was 
that instead of recolonization of empty territories, as documented in Eu-
rope and North America, substitutions between the vegetation types (e.g., 
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rain forest and drier vegetation) seem to have occurred in South America. 
From this perspective, the fragmentation-isolation of the Amazonian rain 
forests into pocket areas during the drier/cooler periods of the Pleistocene 
(van der Hammen and Absy 1974; Connor 1986) would coincide with the 
expansion of some sort of drier vegetation (Haffer 1982; Prance 1982).

The Pleistocenic Arc theory recently proposed that the present-day SDTF 
distribution patterns represent relics of a more contiguous formation having 
reached its maximum extension during periods of humid forest contraction. 
The more continuous expanse of SDTF stretched from the Brazilian Caatinga 
to the peripheral areas of the Chaco domain, possibly also reaching the dry 
inter-Andean valleys of Bolivia, Peru, and Ecuador (Prado and Gibbs 1993). 
Pennington et al. (2000) went even further, suggesting that SDTF species 
may have also penetrated into the Amazon basin during the glacial periods.

The validity of the Pleistocenic Arc theory has been increasingly de-
bated over the last years (Linares-Palomino et al. 2003; Bonaccorso et al. 
2006; Naciri et al. 2006). Herein, it is treated as a biogeographical coloni-
zation hypothesis of the SDTF in South America—that the currently scat-
tered SDTF nuclei may be the result of vicariance (i.e., fragmentation) of 
a more widespread formation that reached its maximum expansion during 
the last glacial maximum (Pennington et al. 2000; Prado 2000).

Pennington, Richardson et al. (2004) failed at demonstrating common 
patterns in area relationships among SDTF genera that would support spe-
ciation by vicariance. Therefore, in analogy with temperate tree species for 
which rare long-distance dispersal events during the late glacial period and 
Holocene have been recognized (e.g., Davis 1983; Petit et al. 1997), it can 
be hypothesized that SDTF species could have also spread by long-distance 
dispersal, in the search for suitable climatic/edaphic conditions (Gentry 
1982a; Mayle 2006; Naciri et al. 2006).

In the present chapter, the vicariance versus dispersal hypotheses 
will be tested and discussed by examination of the geographical dis-
tribution of the genetic variability within two tree species: Astronium 
urundeuva (Allemão) Engler (Anacardiaceae, considered by some au-
thors as Myracrodruon urundeuva F.F. and M.F. Allemão) and Geoffroea 
spinosa Jacq. (Leguminosae).

The Model System Species

Astronium urundeuva is a deciduous tree species well represented in 
northwestern Argentina, Paraguay, Bolivia, and central and northeast-
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ern Brazil, growing at up to 1800 meters altitude in the Andes (Vargas-
Salazar 1993). It can be found from humid, dense formations to drier 
and open areas, but it is largely confined to SDTF and can be considered 
an ecological specialist of this vegetation. It is an important member of 
the caatinga woodland and is frequently considered an indicator species 
of mesotrophic soil conditions within the Cerrado region. A. urundeuva 
is dioecious and insect pollinated, and its small seeds can easily be dis-
persed by wind (Allen 1991). Occasional events of asexual formation of 
seeds without fertilization may also occur. Two congeneric species, A. 
fraxinifolium Schott and A. balansae Engl., are sympatric with A. urun-
deuva in some regions, but they are quite distinct on the basis of the 
last taxonomic revision (Muñoz 1990). This was further confirmed by a 
recent study that used a Bayesian clustering analysis with microsatellite 
data (Caetano et al. 2005; Caetano, Nusbaumer and Naciri 2008) on the 
three species. The authors revealed that confusion may however, exist at 
the chloroplast level, between A. urundeuva and A. balansae, for which a 
recent divergence and/or introgression is suspected. 

Geoffroea spinosa is a well-defined, deciduous, hermaphrodite tree 
species whose morphological variation is related to habitat specificities. 
Spiny trees with small leaflets were reported in dry habitats, whereas the 
spineless specimens with large leaflets were mainly found near water. 
This species is also specific to SDTF and occurs in five disjunct areas: (1) 
northeastern Brazil; (2) northeastern Argentina, Paraguay, and Bolivia; 
(3) Ecuador and northern Peru; (4) Galápagos (Floreana and Española 
islands); and (5) Colombia, Venezuela, and the Antilles (Ireland and Pen-
nington 1999). To what extent G. spinosa disperses is hard to evaluate at 
this point, because direct observations are lacking. The almond-type fruits 
with a fleshy outer wall, however, appear to be suited to vertebrate disper-
sal. Also, dispersal by water cannot be rejected, as the species is frequently 
present on flooded ground or next to water. The fact that the seed is well 
protected by an indehiscent, woody inner fruit wall further supports this 
dispersal mode.

The collection sites for A. urundeuva included 53 natural populations 
used in a previous study (Caetano, Prado et al. 2008), from Argentina (9), 
Bolivia (6), Brazil (22), and Paraguay (16), and two additional popula-
tions in eastern Brazil. For G. spinosa, a total of 38 natural populations were 
sampled in Argentina (5), Bolivia (2), Brazil (11), Galápagos (2: Floreana 
and Española islands), Paraguay (14), and Peru (4). Each population was 
georeferenced directly by GPS or indirectly by correspondence to a nearby 
town (table 2-1).
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Molecular and Statistical Tools

The use of noncoding regions of the chloroplast genome (Taberlet et al. 
1991; Hamilton 1999) has been shown to provide convenient information 
to trace back recolonization events in various plants (e.g., Petit et al. 1997; 
Cavers et al. 2003; Dutech et al. 2003). The chloroplast genome presents 
several characteristics very useful in biogeographical research, as it allows us 
to study the processes of migration and colonization over long periods of 
time (Ennos et al. 1999).

Two chloroplast spacers were selected for this study: HA (trnH-psbA) 
and SG (trnS-trnG; Hamilton 1999). The amplification and sequencing pro-
cedures have been recently published (Caetano, Prado et al. 2008), and the 
haplotype sequences have been deposited in GenBank. Nucleotide sequences 
were subsequently aligned (BioEdit; Hall 1999) and revised manually. 
Within-population diversities, measured as the number of haplotypes, nucleo-
tide diversity (π; Tajima 1983), and gene diversity (h; Nei 1987), were com-
puted. A haplotype network was constructed (Network; Bandelt et al. 1999) 
in order to visualize the way the different lineages were genealogically related.

The geographical patterns of the chloroplast diversity for both species 
were analyzed using different approaches:

 • Haplotype maps were constructed using ArcMap GIS (Environ-
mental Systems Research Institute, Inc., Redlands, CA, USA).

 • A coefficient of correlation (r M) between genetic and geographi-
cal distances was estimated with a Mantel test (Arlequin; Excoffier, 
Laval, and Schneider 2005).

 • An analysis of molecular variance (AMOVA; Excoffier, Smouse, 
and Quattro 1992) was performed in order to identify the genetic 
structure at three different geographic levels: (1) continental (the 
entire species range), (2) regional (defined as domains), and (3) 
local (populations). The definition of the regional level requires 
the designation a priori of groups of populations. This was quite 
simple for G. spinosa because of its patchy distribution: (1) the 
populations from Peru and Galápagos Islands (the Pacific domain), 
(2) the Argentinean, Bolivian, and Paraguayan populations (Chaco 
domain), and (3) the northeastern Brazilian populations (Caatinga 
domain). On the contrary, defining groups of populations within 
A. urundeuva was problematic and was therefore based on the 
clustering results obtained with nuclear microsatellites (Caetano, 
Prado et al. 2008): (1) the 10 northeasternmost Brazilian popu-
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Table 2-1. Locations of the Astronium urundeuva (55 populations) and Geoffroea 
spinosa (38 populations) plants used in this study
 

Astronium urundeuva

Population Code Country Longitude Latitude

Las Lajitas Ag_LLj Argentina –64.278 –24.758

Ceibalito Ag_Cei Argentina –64.443 –24.927

El Rey Ag_ERy Argentina –64.595 –25.029

San Pedro Ag_SPd Argentina –64.971 –24.365

Ledesma Ag_Led Argentina –64.816 –23.910

Calilegua Ag_Cal Argentina –64.860 –23.762

Oran Ag_Orn Argentina –64.291 –23.232

Tartagal Ag_Ttg Argentina –63.827 –22.508

Embarcación Ag_Emb Argentina –63.906 –23.016

San Luis 1 Pa_SL1 Paraguay –57.439 –22.624

San Luis 2 Pa_SL2 Paraguay –57.534 –22.657

San Luis 3 Pa_SL3 Paraguay –57.556 –22.886

Cordillera Pa_Cor Paraguay –56.420 –25.117

Mbaracayú 1 Pa_Mb1 Paraguay –55.561 –24.120

Mbaracayú 2 Pa_Mb2 Paraguay –55.651 –24.194

Mbaracayú 3 Pa_Mb3 Paraguay –55.673 –24.271

Punta del Este Pa_PuE Paraguay –58.776 –23.825

Ruta Asunción-Mariscal Pa_AsM Paraguay –59.200 –23.417

Riochito Pa_Ric Paraguay –58.572 –23.996

Altos Pa_Alt Paraguay –57.238 –25.257

Cerro Mbatovi Pa_CMb Paraguay –57.181 –25.593

Pozo Colorado Pa_PCo Paraguay –58.383 –23.533

Madrejón 1 Pa_Mj1 Paraguay –59.837 –20.558

Madrejón 2 Pa_Mj2 Paraguay –59.704 –19.988

Cerro Léon Pa_CLe Paraguay –60.317 –20.432

Puerto Quijarro Bo_PQu Bolivia –57.128 –17.783

Cuevas de Motacucito Bo_CMt Bolivia –57.948 –17.783

Tacuaral Bo_Tac Bolivia –57.723 –17.783
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Astronium urundeuva

Population Code Country Longitude Latitude

San José 1 Bo_SJ1 Bolivia –60.930 –17.850

San José 2 Bo_SJ2 Bolivia –60.615 –17.850

San José 3 Bo_SJ3 Bolivia –60.750 –17.310

Alvorada do Norte Br_AvN Brazil –46.901 –14.898

Iaciara Br_Iac Brazil –46.648 –14.181

Parque Terra Ronca Br_PTR Brazil –46.395 –13.496

Iguatama Br_Igu Brazil –45.711 –20.174

Arcos Br_Arc Brazil –45.539 –20.282

Barreiras Br_Bar Brazil –45.133 –12.128

Javi Br_Jav Brazil –43.899 –12.490

Jaborandi Br_Jab Brazil –44.438 –13.563

Monte Rey Br_MtR Brazil –44.223 –14.512

Porteirinha Br_Por Brazil –42.937 –15.621

Boquira Br_Boq Brazil –42.781 –12.608

Medina Br_Med Brazil –40.220 –14.097

Paraopeba Br_Peb Brazil –44.355 –19.345

Bocaiuva Br_Uva Brazil –43.827 –17.096

Junco Br_Jun Brazil –40.082 –11.352

Jequié Br_Jeq Brazil –40.154 –13.916

Riachão Bacamarte Br_RBa Brazil –35.542 –7.204

Pombal Br_Pom Brazil –37.927 –6.737

Milagres Br_Mil Brazil –39.104 –7.256

Picos Br_Pic Brazil –41.555 –7.035

Presidente Dutra Br_Pre Brazil –44.468 –5.367

Cratéus Br_Cra Brazil –40.530 –5.253

Limoeiro do Norte Br_Lim Brazil –38.157 –5.148

Santa Cruz Br_SCr Brazil –36.074 –6.197

(table continues)
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Isla del Cerrito Ag_ICt  Argentina –58.634 –27.305

Antequera Ag_Ant Argentina –58.876 –27.432

Cerrito-Antequera Ag_ICA Argentina –58.770 –27.333

Estancia Mongay Ag_EMg Argentina –58.674 –27.046

San Hilario Ag_SHi Argentina –58.272 –26.269

Trans-Chaco Pa_TCh Paraguay –58.043 –24.583

Mariscal Estigarribia Pa_MEg Paraguay –60.620 –22.028

La Patria Pa_LPa Paraguay –61.376 –21.467

Fortin Garrapatal Pa_FGp Paraguay –61.492 –21.451

Loma Plata 1 Pa_LP1 Paraguay –59.889 –22.352

Loma Plata 2 Pa_LP2 Paraguay –59.915 –22.592

Gesudi Pa_Ges Paraguay –59.947 –21.892

Madrejón Pa_Mjo Paraguay –59.863 –20.592

Agua Dulce Pa_ADu Paraguay –59.703 –19.988

Cerro Léon 1 Pa_CL1 Paraguay –60.326 –20.442

Cerro Léon 2 Pa_CL2 Paraguay –60.220 –20.529

Concépcion 1 Pa_CC1 Paraguay –58.199 –23.513

Concépcion 2 Pa_CC2 Paraguay –57.793 –23.525

Destacamiento  
Caballero

Pa_DCb Paraguay –58.784 –24.655

Comunidad  
Tetarembey

Bo_CTt Bolivia –61.079 –18.612

Campo Tita Bo_CTi Bolivia –61.313 –18.579

Barra Br_Baa Brazil –43.028 –11.100

Riachão  
Bacamarte

Br_RBa Brazil –35.542 –7.204

Pombal Br_Pom Brazil –35.602 –7.235

Milagres Br_Mil Brazil –38.995 –7.317

Picos Br_Pic Brazil –41.483 –7.078

Boa Vista Br_BVi Brazil –39.689 –5.051

Maranguape Br_Mar Brazil –38.688 –3.932

Table 2-1. (continued) 

Geoffroea spinosa

Population Code Country Longitude Latitude
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Aracati Br_Art Brazil –37.770 –4.579

Jaguarabira Br_Jag Brazil –38.429 –5.472

Jucurutu Br_Juc Brazil –37.027 –6.031

Guanambi Br_Gua Brazil –35.489 –6.791

Inter-Andean 1 Pe_IA1 Peru –79.694 –6.057

Inter-Andean 2 Pe_IA2 Peru –78.583 –5.802

Pacific Coast 1 Pe_PC1 Peru –80.517 –3.800

Pacific Coast 2 Pe_PC2 Peru –79.975 –4.099

Floreana Gp_Flo Galápagos –90.417 –1.300

Española Gp_Esp Galápagos –89.564 –1.344

     

Geoffroea spinosa

Population Code Country Longitude Latitude

lations (Caatinga domain), (2) the central Brazilian populations 
(Cerrado domain), and (3) the Argentinean, Bolivian, and Para-
guayan populations (Chaco domain).

It is useful to clarify the terms Pacific, Chaco, Cerrado, and Caatinga 
domains. The Caatinga and Pacific domains are well recognized as SDTF 
nuclei. However, the Cerrado and Chaco domains of SDTF may be erro-
neously confounded with savanna (termed cerrado in Brazilian Portuguese) 
and chaco vegetations, which are distinct from SDTF. Small enclaves of 
SDTF vegetation exist within these vegetations where soil conditions are 
favorable. The Chaco domain, as used here, also includes the well-defined 
Misiones, Chiquitano, and Piedmont SDTF nuclei.

Patterns within Astronium urundeuva

A total of 389 individuals were used for the analyses. Three haplotypes 
were detected for each locus separately (table 2-2), and the two loci con-
sidered together resulted in five combined haplotypes. The length of the 
consensus sequences was of 1249 base pairs, for which the first letter cor-
responded to the HA haplotype and the second to the SG’s. Out of the 55 
populations, 10 were polymorphic (table 2-3), most of them being located 
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in central Paraguay. A significant positive correlation between genetic and 
geographical distances (Mantel test: r M = 0.497) was found.

A simple network was obtained (fig. 2-1), with AA (36 percent of the 
total sample) occupying the central position and AC (25 percent) being 
separated from it by six mutational steps. These haplotypes showed op-
posite distributions, both being found over a range of approximately 2000 
kilometers (fig. 2-2). A small overlapping zone was detected within the 
Cerrado domain, where two polymorphic populations were identified. Ac-
cordingly, these populations were found among the ones with the highest 
nucleotide and gene diversities (Br_Igu: h = 0.0032 plus or minus 0.0028, 
π = 0.667 plus or minus 0.314; and Br_Arc: h = 0.0026 plus or minus 
0.0018, π = 0.533 plus or minus 0.172).

The distribution of the divergent haplotypes AA and AC seems to in-
dicate that secondary contact between these lineages may have occurred. 
Given the more or less even distribution of the SDTF from the Caatinga 
through the Cerrado to the Chaco domains (though, in some cases, as scat-
tered patches), there is no reason to believe that the Caatinga- Cerrado tran-
sition would represent more of a present-day boundary than the Chaco-
Cerrado transition. Instead, this pattern suggests at least one first vicariance 
event that gave rise to two ancestral lineages, which have progressively di-
verged due to respective isolation in the Chaco and the Caatinga domains. 
The highest pairwise FCT value between the Caatinga and Chaco domains 
(0.891; table 2-4) supports this picture. After the vicariance event, the sec-
ondary contact seems to have occurred through rapid range expansions, 
probably when the suitable conditions for the species’ spread were gathered. 
Microsatellites support this model of colonization (Caetano et al. 2008a).

Table 2-2. Characterization of haplotypes found for trnH-psbA and trnS-trnG 
spacers in Astronium urundeuva
 

Haplotype

trnH-psbA (593 pb) trnS-trnG (656 pb)

Gene bank ID  
36

S  
341

Gene bank S  
108

ID 
253

ID  
254

S  
480

S  
573

ID  
576

S  
601

A EF513743 — T EF513746 C A — G A — G

B EF513744 C T EF513747 C A A G A — G

C EF513745 C G EF513748 A — — A C G T

S = substitution and ID = indel. Mutation, including indels of one base pair, and indel  
positions are numbered from the end of the trnH and trnS primers, respectively.
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Table 2-3. Distribution of the combined trnH-psbA and trnS-trnG haplotypes 
for Astronium urundeuva populations
 

Population Code 
Haplotypes  

N n h π
AA BA CA AB AC  

Las Lajitas Ag_LLj 0 0 0 6 0 6 1 — —

Ceibalito Ag_Cei 0 0 0 7 0 7 1 — —

El Rey Ag_ERy 0 0 0 9 0 9 1 — —

San Pedro Ag_SPd 0 0 0 8 0 8 1 — —

Ledesma Ag_Led 0 0 0 5 0 5 1 — —

Calilegua Ag_Cal 0 0 0 5 0 5 1 — —

Oran Ag_Orn 0 0 0 7 0 7 1 — —

Tartagal Ag_Ttg 0 0 0 8 0 8 1 — —

Embarcación Ag_Emb 0 0 0 8 0 8 1 — —

San Luis 1 Pa_SL1 14 19 2 0 0 35 3 0.558±0.045 0.0005±0.0004

San Luis 2 Pa_SL2 2 7 0 0 0 9 2 0.389±0.164 0.0003±0.0004

San Luis 3 Pa_SL3 1 10 0 0 0 11 2 0.182±0.144 0.0002±0.0002

Cordillera Pa_Cor 0 11 0 0 0 11 1 — —

Mbaracayú 1 Pa_Mb1 8 15 0 0 0 23 2 0.474±0.067 0.0004±0.0004

Mbaracayú 2 Pa_Mb2 3 17 0 0 0 20 2 0.268±0.113 0.0002±0.0003

Mbaracayú 3 Pa_Mb3 13 0 0 0 0 13 1 — —

Punta del Este Pa_PuE 9 0 0 0 0 9 1 — —

Ruta Asunción-
Mariscal Pa_AsM 4 1 0 0 0 5 2 0.400±0.237 0.0003±0.0004

Riochito Pa_Ric 6 8 0 0 0 14 2 0.528±0.064 0.0004±0.0004

Altos Pa_Alt 0 8 0 0 0 8 1 — —

Cerro Mbatovi Pa_CMb 0 6 0 0 0 6 1 — —

Pozo Colorado Pa_PCo 5 2 0 0 0 7 2 0.476±0.171 0.0004±0.0004

Madrejón 1 Pa_Mj1 5 0 0 0 0 5 1 — —

Madrejón 2 Pa_Mj2 9 0 0 0 0 9 1 — —

Cerro Léon Pa_CLe 11 0 0 0 0 11 1 — —

Puerto Quijarro Bo_PQu 3 0 0 0 0 3 1 — —

Cuevas de  
Motacucito Bo_CMt 3 0 0 0 0 3 1 — —

Tacuaral Bo_Tac 4 0 0 0 0 4 1 — —

San José 1 Bo_SJ1 3 0 0 0 0 3 1 — —

San José 2 Bo_SJ2 5 0 0 0 0  5 1 — —

(table continues)
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San José 3 Bo_SJ3 4 0 0 0 0 4 1 — —

Alvorada do 
Norte Br_AvN 5 0 0 0 0 5 1 — —

Iaciara Br_Iac 4 0 0 0 0 4 1 — —

Parque Terra 
Ronca Br_PTR 4 0 0 0 0 4 1 — —

Iguatama Br_Igu 1 0 0 0 2 3 2 0.667±0.314 0.0032±0.0028

Arcos Br_Arc 4 0 0 0 2 6 2 0.533±0.172 0.0026±0.0018

Barreiras Br_Bar 0 0 0 0 5 5 1 — —

Javi Br_Jav 0 0 0 0 5 5 1 — —

Jaborandi Br_Jab 0 0 0 0 4 4 1 — —

Monte Rey Br_MtR 0 0 0 0 5 5 1 — —

Porteirinha Br_Por 0 0 0 0 5 5 1 — —

Boquira Br_Boq 0 0 0 0 3 3 1 — —

Medina Br_Med 0 0 0 0 4 4 1 — —

Paraopeba Br_Peb 0 0 0 0 5 5 1 — —

Bocaiuva Br_Uva 0 0 0 0 5 5 1 — —

Junco Br_Jun 0 0 0 0 5 5 1 — —

Jequié Br_Jeq 0 0 0 0 5 5 1 — —

Riachão  
Bacamarte Br_RBa 0 0 0 0 4 4 1 — —

Pombal Br_Pom 0 0 0 0 3 3 1 — —

Milagres Br_Mil 0 0 0 0 4 4 1 — —

Picos Br_Pic 0 0 0 0 5 5 1 — —

Presidente Dutra Br_Pre 0 0 0 0 5 5 1 — —

Cratéus Br_Cra 0 0 0 0 5 5 1 — —

Limoeiro do 
Norte Br_Lim 0 0 0 0 4 4 1 — —

Santa Cruz Br_SCr 0 0 0 0 5  5 1 — —

Based on 55 Astronium urundeuva populations. The number of individuals analyzed (N), 
the total number of haplotypes in each population (n), the nucleotide (π), and the gene (h) 
diversities are also given. 

Table 2-3. (continued)

Population Code
Haplotypes  

N n h π
AA BA CA AB AC  
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The haplotypes that have been recognized in the Chaco domain (fig. 
2-1)—AA, BA (20 percent), AB (18 percent), and CA (1 percent)—are 
roughly arranged in a starlike way (fig. 2-2), which could be consistent with 
a past demographic expansion pattern. Accordingly, the microsatellites also 
reported the highest diversities within this domain (Caetano et al. 2008a).

Despite the few sampling gaps, especially in the southern limit of the 
Cerrado domain, the phylogeographical pattern obtained for A. urundeuva 
is well assessed. Indeed, given the location of AA haplotype northwards of 
the sampling gap, a more intense sampling is not expected to dramatically 
change the results and the subsequent interpretations.

Patterns within Geoffroea spinosa

The 208 individuals analyzed revealed a total of eight combined haplo-
types (three for HA and eight for SG; table 2-5). The consensus sequence 
was 1075 base pairs long. A strong geographical pattern was reported, as 
evidenced by the highly significant correlation between genetic and geo-
graphic distances (Mantel test: rM = 0.713).

A more complicated network than that of A. urundeuva was obtained 
(fig. 2-3). Nineteen mutations separated the most differentiated haplo-
types, KK (21 percent) and MM (15 percent), and a single indel differenti-

Figure 2-1. Median joining network of Astronium urundeuva haplotypes consider-
ing all mutations. The radius of each circle is proportional to the number of indi-
viduals displaying the haplotype. Mutation names starting with “HA” and “SG” 
referred to mutations observed in trnH-psbA and trnS-trnG, respectively. Indels are 
in italics, and substitutions are underlined.
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ated haplotype KK from KR (3 percent). Both KK and KR were found only 
in the Pacific domain (fig. 2-4), KR being restricted to Floreana Island (Ga-
lápagos), which had the only polymorphic population (h = 0.0004 plus or 
minus 0.0004 and π = 0.429 plus or minus 0.089; table 2-6).

The differentiation that characterized the Pacific domain (pairwise 
FCT of 0.882 and 0.973 with Chaco and Caatinga domains, respectively; 
table 2-7) seems to be the outcome of an ancient isolation event, as al-
ready argued by Naciri-Graven et al. (2005). Two major natural barriers 
exist within this domain: the Andes and the oversea distance separating the 
Galápagos Islands from the continent. In the particular case of G. spinosa, 
neither one of them seemed to be acting as barrier to gene flow, as reflected 
by the sharing of the same haplotype among populations east and west of 
the Andes and in the Galápagos Islands. 

Figure 2-2. Distribution of trnH-psbA and trnS-trnG combined haplotypes in the 
55 populations of Astronium urundeuva. Haplotypes were colored according to Fig-
ure 2-1, and each circle represents the relative percentage of each haplotype in the 
population. Their sizes are functions of the number of individuals sequenced. 
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Table 2-4. Pairwise FCT among Astronium urundeuva pairs of 
groups, estimated on merged trnH-psbA and trnS-trnG haplotypes

 Chaco Cerrado Caatinga

Chaco —
Cerrado 0.731*** —
Caatinga 0.891*** 0.195 (NS) —

***significant values with a = 0.001

Three haplotypes were exclusive of the Caatinga domain: LN (2 per-
cent), LP (13 percent), and LQ (5 percent). A maximum of two mutational 
steps separated them, and LN occupied the central position of the network 
(fig. 2-3). The Chaco domain was also characterized by three haplotypes: 
MM, LL (37 percent), and LO (4 percent). LO was restricted to the two 
westernmost Paraguayan populations, LL was present in Bolivia and north-
ern Paraguay, and MM was shared among the two southernmost popula-
tions from Paraguay and the ones from Argentina. When the analyses were 
performed without the nucleotide repeats, LO, LP, and LQ haplotypes 
merged together into LN, which became the shared haplotype between the 
whole Caatinga domain and the two westernmost populations from the 
Chaco. This suggests a recent colonization of the area in between the Chaco 
and the Caatinga domains, followed by a fragmentation that led to today’s 
species distribution. This was further sustained by the smallest pairwise FCT 
reported between these domains (0.500).

The Chaco was identified as the domain with the highest diversity, as 
shown by the number of mutations differentiating the haplotypes present 
in this region (four to seven). Moreover, their geographical distributions  
seem to argue for an earlier differentiation between the northern and south-
ern parts of the Chaco domain. The history of G. spinosa is still incomplete, 
due to the lack of populations from the Caribbean coast in our analyses. 
Therefore, the interpretations given here remain preliminary, and the pro-
posed scenario may need future readjustment.

Vicariance or Dispersal: Inferences on the History of the SDTF

Although the two species chosen as models for the present study illustrate 
individual evolutionary histories, some of the observed patterns helped to 
illustrate the SDTF biogeography. Herein, a phylogeographic approach 
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Table 2-5. Characterization of haplotypes found for trnH-psbA and trnS-trnG 
spacers in Geoffroea spinosa

trnH-psbA (273 pb)

Gene bank S 23 S 68 S 87 ID 194 S 212

K EF564430 C T T A C

L EF564431 A C T — A

M EF564429 A C G — A

 
        
                                               trnS-trnG (802 pb)                                                                                                                                                                                

Gene bank ID 94 ID 96 S 114 S 156 Inv 163 S 200 ID 213

K EF564432 — — T T TTA T —

L EF564433 T — T T AAT C —

M EF564434 T — G C AAT C —

N EF564435 T — T T AAT C —

O EF564436 T T T T AAT C —

P EF564437 T T T T AAT C —

Q EF564438 T T T T AAT C A

R EF564439 — — T T TTA T —

S = substitution, ID = indel, and Inv = inversion. Mutation, including indels of one  
base pair, and indel positions are numbered from the end of the trnH and trnS primers, 
respectively.

(Avise 1994; Bermingham and Moritz 1998) was for the first time ap-
plied to SDTF species. Previous studies have centered on the evolution of 
Neotropical widespread species from rain forests (e.g., Caron et al. 2000; 
Richardson et al. 2001; Dutech et al. 2003; Salgueiro et al. 2004) and 
the savanna (e.g., Lacerda et al. 2001; Collevatti et al. 2003; Martins et 
al. 2006; Ramos et al. 2007). Therefore, because our approach lacks com-
parative data from other SDTF species, the following inferences should be 
treated with caution. Moreover, the paucity of paleobotanical data from the 
dry forest areas, together with the lack of a suitable molecular clock to date 
the different events, makes our interpretations preliminary.

The first topic to be addressed in this section concerns the probable pre-
Pleistocene age of both A. urundeuva and G. spinosa. This is in agreement with 

Haplotype

Haplotype
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the findings of Pennington et al. (2004b), indicating that a certain number of 
endemic SDTF species appeared during the late Miocene and Pliocene. Our 
results point towards an older age and subsequent deeper colonization history 
for G. spinosa, when compared with A. urundeuva. Their respective ranges, es-
pecially the disjunct presence of G. spinosa in the Pacific and Caribbean coasts, 
seem indeed to reflect more ancient vicariance events for this species.

The Pacific SDTF nucleus seems to have remained isolated since its 
colonization, accounting for the huge differentiation that characterises G. 
spinosa’s populations within this region. Still, whether this vicariance-isola-
tion event only concerned this nucleus or if it also affected the Caribbean 
one is still an open question. Getting populations from the Caribbean do-
main is, therefore, extremely important, as they would improve insights on 
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the history of G. spinosa. Two different results may be expected: (1) a close 
relationship between Caribbean and Pacific populations and (2) a small dif-
ferentiation of the Caribbean populations from the Caatinga and Chaco 
domains. The first result would imply one single ancient event that frag-
mented populations into two groups, which evolved independently and 
without contact northwest and southeast of the Amazon basin. The second 
result may instead support the expansion of the SDTF into the Amazon 
basin sometime in the recent past. 

Our data do not test the suggestion that the SDTF species penetrated 
the Amazon basin (Pennington et al. 2000), but they clearly indicate that 
the Pleistocenic Arc did not stretch northwards up to the Andes. This is also 
congruent with Linares-Palomino et al.’s analyses (chap. 1) that show low 
levels of floristic similarity between the SDTFs of eastern South America 
and those in Peru and Ecuador.

Another issue that also deserves attention when considering the com-
mon geographical range of the two species concerns the historical relation-

Figure 2-3. Median joining network of Geoffroea spinosa trnH-psbA and trnS-trnG 
combined haplotypes considering all mutations. The radius of each circle is pro-
portional to the number of individuals displaying the haplotype. Mutation names 
starting with “HA” and “SG” referred to mutations observed in trnH-psbA and trnS-
trnG, respectively. Indels are in italics, substitutions are underlined, and the single 
inversion is in bold. 
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ships between the remaining SDTF nuclei, namely the Caatinga and the 
Chaco domains. It is obvious from the previous sections that each species 
presents a unique colonization history within this region. The differentia-
tion levels reported between the Chaco and Caatinga domains for the two 
species (0.891 for A. urundeuva and 0.500 for G. spinosa) indeed reflect the 
two different scenarios that were proposed. For A. urundeuva an ancient 
vicariance and divergence between the Chaco and Caatinga domains is sug-
gested, followed by rapid range expansion and secondary contact between 
them. For G. spinosa a recent fragmentation following the colonization of 
the area between the Chaco and Caatinga domains is hypothesized.

Despite the lack of a molecular clock that would allow dating of these 
different events, it seems reasonable to assume that the suggested presence of 
both species in the region between the Chaco and Caatinga domains occurred 

Figure 2-4. Distribution of trnH-psbA and trnS-trnG combined haplotypes in the 
38 populations of Geoffroea spinosa. Haplotypes were colored according to Figure 
2-3, and each circle represents the relative percentage of each haplotype in the popu-
lation. Their sizes are functions of the number of individuals sequenced. 
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Table 2-6. Distribution of the combined trnH-psbA and trnS-trnG haplotypes 
for Geoffroea spinosa populations 

Code
Haplotypes  

N n h π
KK KR LL LN LO LP LQ MM  

Ag_ICt 0 0 0 0 0 0 0 4 4 1 — —

Ag_Ant 0 0 0 0 0 0 0 5 5 1 — —

Ag_ICA 0 0 0 0 0 0 0 7 7 1 — —

Ag_EMg 0 0 0 0 0 0 0 3 3 1 — —

Ag_SHi 0 0 0 0 0 0 0 4 4 1 — —

Pa_TCh 0 0 0 0 0 0 0 5 5 1 — —

Pa_MEg 0 0 9 0 0 0 0 0 9 1 — —

Pa_LPa 0 0 5 0 0 0 0 0 5 1 — —

Pa_FGp 0 0 10 0 0 0 0 0 10 1 — —

Pa_LP1 0 0 5 0 0 0 0 0 5 1 — —

Pa_LP2 0 0 5 0 0 0 0 0 5 1 — —

Pa_Ges 0 0 5 0 0 0 0 0 5 1 — —

Pa_Mjo 0 0 10 0 0 0 0 0 10 1 — —

Pa_ADu 0 0 5 0 0 0 0 0 5 1 — —

Pa_CL1 0 0 5 0 0 0 0 0 5 1 — —

Pa_CL2 0 0 5 0 0 0 0 0 5 1 — —

Pa_CC1 0 0 0 0 4 0 0 0 4 1 — —

Pa_CC2 0 0 0 0 5 0 0 0 5 1 — —

Pa_DCb 0 0 0 0 0 0 0 4 4 1 — —

Bo_CTt 0 0 8 0 0 0 0 0 8 1 — —

Bo_CTi 0 0 5 0 0 0 0 0 5 1 — —

Br_Baa 0 0 0 0 0 0 5 0 5 1 — —

Br_RBa 0 0 0 0 0 4 0 0 4 1 — —

Br_Pom 0 0 0 0 0 3 0 0 3 1 — —

Br_Mil 0 0 0 0 0 3 0 0 3 1 — —

Br_Pic 0 0 0 4 0 0 0 0 4 1 — —

Br_BVi 0 0 0 0 0 0 2 0 2 1 — —

Br_Mar 0 0 0 0 0 0 4 0 4 1 — —

Br_Art 0 0 0 0 0 4 0 0 4 1 — —

Br_Jag 0 0 0 0 0 4 0 0 4 1 — —
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more or less simultaneously. We believe that this corresponded to a precise 
moment in history, possibly the last glacial maximum, during which the cli-
mate conditions allowed the existence of a more extensive and  contiguous 
SDTF formation that connected the Chaco and the Caatinga domains. 
Therefore, our study seems to agree with the Pleistocenic Arc theory in east-
ern South America (Prado and Gibbs 1993), which is also well supported by 
the levels of floristic similarity between the SDTF in this area (chap. 1).

The way the three SDTF nuclei within the Chaco domain, namely the 
Misiones, the Chiquitano, and the Piedmont, have been historically related 
is more complex to assess, given the difficulty of allocating populations 
to one or the other of the nuclei. However, the clear assignment of the 

Br_Juc 0 0 0 0 0 3 0 0 3 1 — —

Br_Gua 0 0 0 0 0 5 0 0 5 1 — —

Pe_IA1 6 0 0 0 0 0 0 0 6 1 — —

Pe_IA2 4 0 0 0 0 0 0 0 4 1 — —

Pe_PC1 7 0 0 0 0 0 0 0 7 1 — —

Pe_PC2 8 0 0 0 0 0 0 0 8 1 — —

Gp_Flo 15 6 0 0 0 0 0 0 21 2 0.427±0.089 0.0004±0.0004

Gp_Esp 3 0 0 0 0 0 0 0  3 1 — —

38 Geoffroea spinosa populations. The number of individuals analyzed (N), the total number of 
haplotypes in each population (n), the nucleotide (π), and the gene (h) diversities are also given.

Table 2-6. (continued)

Code
Haplotypes  

N n h π
KK KR LL LN LO LP LQ MM  

Table 2-7. Pairwise FCT among Geoffroea spinosa 
pairs of groups, estimated on merged trnH-psbA 
and trnS-trnG haplotypes

 Pacific Chaco Caatinga

Pacific — - -
Chaco 882*** —
Caatinga 0.973*** 0.500*** —

***significant values with a = 0.001
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 different haplotypes to particular populations suggests that some degree of 
isolation might effectively be or have been at work within the Chaco do-
main. But more important than the possible isolation between these SDTF 
nuclei is actually the role that the whole domain seems to have had in the 
maintenance of the genetic variability for both A. urundeuva and G. spinosa.

The two species agree in identifying the Chaco domain as the region 
with the highest variability. The Chaco plain itself is characterized by sa-
line soils and a highly seasonal climate, which effectively represent a hostile 
environment for the presence of the SDTF species. The cerros, hills, cordil-
leras, and net of gallery forests in between the chaco matrix (Spichiger et al. 
1991), together with the peripheral SDTF nuclei, however, offer the nec-
essary conditions for the growth of SDTF species (Spichiger et al. 2004). 
Hence, and in agreement with Spichiger et al. (1995), who defined the 
Chaco as “a huge ecotone where floristic elements of distinct origins are 
converging or diverging, according to the climate fluctuations,” the whole 
domain may be considered a center of genetic diversity for SDTF species.

It is difficult at this point to place the ancestral populations in space and 
time, and impossible to date precisely the different colonization events pro-
posed above. Yet, this study favors the vicariance hypothesis for the SDTF 
colonization in eastern South America. If the colonization had occurred 
by long-distance dispersal, it is indeed odd to find such homogeneity in 
the geographical patterns, especially between the Chaco and the Caatinga 
domains. Hence, our results support the Pleistocenic Arc as proposed by 
Prado and Gibbs (1993). Nevertheless, dating (with pollen cores or with a 
suitable molecular clock) is necessary to confirm that the expansion of the 
SDTF between the Chaco and the Caatinga domains, as suggested by both 
species, overlaps with the Pleistocene period.
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Chapter 3

Extent and Drivers of Change of  
Neotropical Seasonally Dry Tropical Forests

G. Arturo Sánchez-Azofeifa  
and Carlos Portillo-Quintero

Seasonally dry tropical forests (SDTFs) are considered one of the most en-
dangered tropical ecosystems (Janzen 1988c). High degrees of degradation 
are reported, not only for the Neotropics, but also in the old tropics (Miles 
et al. 2006). Causes and consequences of such degradation are known on 
a limited basis, and much needs to be learned in terms of gaining a full un-
derstanding of what controls environmental deterioration trends in these 
ecosystems and their impact on ecosystem services. Furthermore, current 
knowledge on the extent and degree of fragmentation of tropical dry forests 
is constrained because of the low priority for conservation within govern-
mental and nongovernmental funding agencies. In general, the perception 
that tropical forests do not exist outside of the Amazon basin, or that high 
priority should be given to tropical rain forests, has limited the current 
body of scientific literature (Sánchez-Azofeifa et al. 2005). 

The current imbalance in scientific knowledge is reflected in terms of 
the estimation of the current extent of tropical dry forests and their degree 
of degradation and fragmentation. Major world efforts to understand the 
process of land use/cover change in the tropics have concentrated on hu-
mid regions (Aldhous 1993; Skole and Tucker 1993; Chomentowski et al. 
1994). The NASA Pathfinder study is one of those cases in which little or 
no effort has been placed to better understand the extent of tropical dry 
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forests. Furthermore, in general, large mapping efforts tend to confuse 
tropical dry forests with woody savannas and agricultural fields, contribut-
ing to a misinformed estimation of their extent and degree of fragmenta-
tion (Pfaff et al. 2000; Kalacska et al. 2008). In general, tropical dry for-
ests have received much less attention from the scientific community and 
management planners (Masera et al. 1997), although they have a higher 
degree of endemism when compared with tropical rain forests (Trejo and 
Dirzo 2002).

Understanding of the causes of land use/cover change in tropical dry 
forests is also limited. Tropical dry forests are, in general, located in areas 
with good to excellent conditions for agricultural and cattle development 
(Fajardo et al. 2005) and, most recently, for large megatourism projects. It 
is estimated that more than 50 percent of all tropical dry forests in Costa 
Rica were cut to promote the cattle industry in Costa Rica between the late 
1950s and the early 1970s (Calvo-Alvarado et al. 2009). Similar observa-
tions, but with different time frames, have been documented for Mexico, 
Venezuela, Brazil, Bolivia, and Paraguay. A recent analysis calculated that 
only 15 percent of the original SDTFs remain in Venezuela (Rodriguez et 
al. 2008). The fundamental problem in documenting those changes is that 
tropical dry forests are, in general, not the last but the first frontier of agri-
culture development, some of them so early that the quantification of rates 
of change and the dynamics of land use/cover change are compounded by 
a lack of complete remote-sensing records that could be used to construct 
comprehensive deforestation and secondary-growth rates.

In this chapter, we aim to document two fundamental issues that can 
be considered critical to the conservation of tropical dry forests. The first 
one deals with the challenges associated with mapping the extent of tropi-
cal dry forests. We explore the different methodologies used to extract 
their extent and discuss their major limitations and problems. We also 
compare current estimates of tropical dry forests among the main sources 
of information currently available. The second section of this chapter 
deals with an analysis of the forces of change currently present in tropi-
cal dry forest environments. We conduct this analysis for the Neotropics 
based on information derived from the World Wildlife Fund’s Global 200 
priority ecoregions assessment (Olson and Dinerstein 2002). In this sec-
tion, we divide the analysis into three subsections: all tropical dry forests 
(continental and insular), continental level, and insular level. Finally, we 
complement our analysis with a specific case study of the role of fire as a 
tool for land use/cover change in the area of the Chamela-Cuixmala Bio-
sphere Reserve in Mexico. 
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Extent of Neotropical Dry Forests

Regional mapping efforts of Neotropical dry forests have been limited. 
Recent efforts conducted by Muchoney et al. (2000), Bartholome et al. 
(2002), Mas et al. (2002), Giri and Jenkins (2005), and Miles et al. (2006) 
have been comprehensive but still not conclusive in terms of defining the 
current extent of tropical dry forests globally. Nonetheless, their work has 
been a valuable approach to assessing the actual extent and geographical 
distribution of Neotropical dry forest. One of the most important land-
cover mapping efforts, the Global Land Cover 2000 (GLC2000) land-
cover mapping initiative, produced a land cover map of South America 
and Mesoamerica using remotely sensed satellite data (Bartholome et al. 
2002). Satellite images were processed to produce a land cover map that 
includes humid tropical forests, flooded tropical forests, dry tropical for-
ests, and other types of land cover following the UN Food and Agriculture 
Organization’s Land Cover Classification System at a minimum mapping 
unit of 1 kilometer. 

Figure 3-1 shows the distribution of tropical dry forests in the Neo-
tropics by including forested area detected by the GLC2000 within the 
tropical dry forest biome limits in the Americas, as defined by Olson et 
al. (2001). 

In Mesoamerica, tropical dry forests are distributed among all coun-
tries, mostly near the Pacific coastline with the exception of important 
fragments in Honduras and the Yucatán peninsula. The GLC2000 calcu-
lates that tropical dry forests in Mesoamerica comprise 188,995 square 
kilometers. In South America, tropical dry forests are distributed among 
Venezuela, Colombia, Peru, Bolivia, and Brazil, with larger and more con-
tinuous fragments occurring in an area between eastern Bolivia and south-
western Brazil. Colombia and Venezuela also have important extensions of 
dry forests. The GLC2000 estimates that 1,467,200 square kilometers of 
tropical dry forests exist in South America. That gives a total of 1,656,195 
square kilometers of land covered by tropical dry forests in the Neotropi-
cal region. 

On the other hand, Miles et al. (2006) produced a distribution map 
of SDTF by looking at the percentage of tree cover in 500 meter by 500 
meter grid cells based on the MODIS Vegetation Continuous Fields prod-
uct from the University of Maryland Global Land Cover Facility (http://
www.landcover.org). Tropical dry forest was defined as those tropical grid 
cells with at least 40 percent forest cover, based on the MODIS data set. 
It included cells found within the “tropical and subtropical dry broadleaf 
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forest,” the “Mediterranean forest, woodland, and scrub,” the “desert and 
xeric shrublands,” and the “tropical and subtropical grassland, savanna and 
shrub” biomes defined by Olson et al. (2001). Their results showed con-
siderably different area estimates. They report that SDTF extent in Latin 
America covers only 699,482 square kilometers, where 81 percent belongs 
to South America and the rest to Mesoamerica and the Caribbean. 

The work by the GLC2000 is based on processing satellite imagery 
with coarser spatial resolution (1 kilometer by 1 kilometer grid cells). Large 
proportion errors can arise as landscapes are represented at increasingly 
coarse scales (Moody and Woodcock 1995). The mixture of agricultural 
lands, urban landscapes, and other vegetation covers with forested areas 
in a single class increases as the spatial resolution of the imagery decreases. 

Figure 3-1. Geographical distribution of SDTFs in Mesoamerica and South Amer-
ica based on the GLC2000 product (Bartholome et al. 2002). The map includes all 
forest land covers within the tropical dry forest biome, as defined by Olson et al. 
(2001). 
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Therefore, area estimates improve by decreasing the scale of land cover ag-
gregation (Moody and Woodcock 1995). As a result of the use of MODIS 
imagery at 500-meter spatial resolution for mapping the forest extent, we 
could agree that the SDTF extent estimate from Miles et al. (2006) is in-
deed a better approximation of the actual extent of SDTF in the Ameri-
cas. Nonetheless, their work made several assumptions and generalizations 
(grid cells with greater than 40 percent tree cover within four different 
semiarid biomes) that imply the aggregation of shrublands and woodlands 
with tropical dry forest in a single class, suggesting the possibility of impor-
tant overestimation of SDTF extent. 

Further improvement of SDTF extent estimates is needed. The prob-
lems associated with incorrect estimations of tropical dry forests go beyond 
the simple estimation of extent and spatial configuration. Kalacska et al. 
(2008) have documented the significant problems with the use of MO-
DIS-derived data sets when applied to approaches to estimate the cost of 
payments for environmental services in both the Chamela-Cuixmala Bio-
sphere Reserve in Mexico and the Santa Rosa National Park in Costa Rica. 
Miles et al.’s (2006) accuracy for the estimation of the extent of forest cover 
has been estimated by Kalacska et al. (2008) to be 34 percent for Santa 
Rosa and 66 percent for the Chamela-Cuixmala Biosphere Reserve. When 
MODIS- derived data sets are used to estimate payments for environmen-
tal services in the context of carbon sequestration, biodiversity, and water 
supply to local communities, sharp differences are observed in the order of 
US$100,000 to US$3,500,000, depending on the site.

Nevertheless, despite the preliminary nature of these previous assess-
ments, we can derive some salient characteristics of the SDTF extent and 
spatial distribution in the Americas. For Mesoamerica, tropical dry for-
est remnants are distributed among all countries, and most of it is dis-
tributed along the Pacific coastline, with the exception of important frag-
ments in Honduras and the Yucatán peninsula, Mexico. SDTF along the 
Pacific coastline is highly fragmented and exposed to higher degrees of 
human degradation (Galicia et al. 2008). The majority of SDTF occurs in 
South America, where tropical dry forest remnants are distributed among 
six countries: Venezuela, Colombia, Ecuador, Peru, Bolivia, and Brazil. 
The largest and most continuous fragments occur in Bolivia (the Boliv-
ian montane dry forest and the Chiquitano dry forest) and eastern Brazil 
(Atlantic dry forest). SDTF natural fragmentation is higher in Venezuela 
and Colombia, where SDTFs expand as a transitional ecosystem located 
between the eastern Andean slopes and the Venezuelan and Colombian 
llanos, or grasslands (the Apure-Villavicencio dry forests). Important 
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 remnants are also found along the Cauca, Sinú, and Magdalena river val-
leys in Colombia, the Lake Maracaibo basin in Venezuela, eastern Ecua-
dor, and northeastern Peru in the western side of the Andean Cordillera, 
as well as in Caribbean islands such as Cuba, Jamaica, Haiti, Dominican 
Republic, and Puerto Rico.

The study of Miles et al. (2006) suggests that the total extent of SDTF 
in the Americas is 699,482 square kilometers, much smaller in extent than 
the 1,650,000 square kilometers suggested by the GLC2000 study at 
1-kilometer spatial resolution (Bartholome et al. 2002). Even though this 
might be a much better approximation to the actual extent, other recent 
studies suggest that this is still an overestimation (Kalacska et al. 2008). 
Further research is necessary in order to reduce error sources and to offer a 
more confident estimate of SDTF extent for regional and national decision-
making as a baseline for studies on biodiversity, as well as national or re-
gional policy regarding ecosystem protection and restoration, payments for 
environmental services, and carbon capture and flux research.

Deforestation Rates

Deforestation analysis in the Neotropical region has focused on the humid 
tropical forest (Achard et al. 2002; Sánchez-Azofeifa et al. 2005; Hansen 
et al. 2008). Scientific studies for the determination of global deforestation 
rates for tropical dry forest are very scarce. It has been suggested, however, 
that at least 48 percent of its extent has already been converted to other land 
uses, compared with the 32 percent that has been converted from humid 
tropical forests (Hoekstra et al. 2005). Fajardo et al. (2005) explain that 
this ecosystem has been subjected to higher degradation because of several 
features attractive to human use: (1) many tropical forests are established 
in relatively flat landscapes, (2) the soils are often relatively fertile because 
of a low rate of nutrient lixiviation and pedogenetic development, (3) the 
marked climatic seasonality allows for the development of an agricultural 
lifestyle based on short-cycle crops, (4) there is lower structural complexity 
and lower aerial biomass when compared with wet forests, and (5) drier 
climates limit the transmission of pathogens carried by several vectors. 

At the global scale, studies on deforestation are limited or not very 
recent. For example, Achard et al. (2002) estimated that annual forest 
loss for Latin America ranges from 0.5 to 4.4 percent, but these results 
are based on humid forest deforestation analyses. On the other hand, the 
1981—1990 FAO report (discussed by Aldhous 1993) concluded that the 
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global SDTF deforestation rate was considerable: 2.2 million hectares, or 
0.9 percent per year, greater than the percent annual rate of humid forests 
(0.6 percent per year). The global assessment of Miles et al. (2006) com-
pared the loss of SDTF area in three major regions (continents), including 
Africa, Asia, and Latin America, and concluded that the SDTF of Latin 
America experienced the greatest declines between 1980 and 2000 in per-
centage area forested (relative to total habitat area), with an estimated fig-
ure of 12 percent (220,000 square kilometers decrease). A few scientific 
assessments of deforestation rates within Latin America are available at the 
national or site level. However, these studies have been performed using 
different methodologies, and also for periods that are considerably differ-
ent among regions, all of which makes comparisons difficult. For example, 
for Mexico, Masera et al. (1997) present deforestation rates at the national 
level and show that 2 percent of SDTF has been lost annually since the 
1980s. They also report a study from Chamela, Jalisco, on the Pacific coast 
of Mexico, where deforestation rates of SDTF reach 3.8 percent per year. 
For Venezuela, Fajardo et al. (2005) report results for different sites. De-
forestation rates in northwestern and northeastern Venezuela are 2.6 and 
2 percent per year, respectively, mainly driven by cattle grazing and agri-
culture. In Bolivia, Mertens et al. (2004) report annual deforestation rates 
ranging from 3.0 to 4.1 percent in the colonization frontiers of the Santa 
Cruz Department. Steininger et al. (2001) reported an annual deforesta-
tion rate of 4.56 percent per year, during the time period 1990—1998, in 
the landscape of Tierras Bajas, Santa Cruz, Bolivia. 

According to the results of the assessments discussed above, annual loss 
of SDTF ranges from 2 percent to 4.56 percent in different parts of Latin 
America, with higher rates reported for the Bolivian dry forests. A multi-
site regional assessment of deforestation rates in SDTF landscapes using a 
standardized methodology, just like the ones available for humid forests 
(Skole and Tucker 1993; Achard et al. 2002), would ultimately avoid the 
effects of using different methodologies and would possibly show compa-
rable results between countries. Nevertheless, given the human preference 
for SDTF environments for development, the historical contraction of its 
extent, and the underrepresentation of SDTF by protected areas (Masera 
et al. 1997; Sánchez-Azofeifa et al. 2005), there is no doubt that deforesta-
tion threats in absolute terms are higher for deciduous vegetation than for 
humid forests in the Americas.

A different but complementary perspective can be derived from a re-
cent, detailed study, based on a supervised classification of MODIS surface 
reflectance imagery at 500-meter resolution, which included a systematic 



52 seasonally dry tropical forests

assessment of the current extent and the magnitude of conversion of SDTF 
in continental and insular countries of Latin America (Portillo-Quintero 
and Sánchez-Azofeifa 2009). The results of this study, in terms of the pro-
portional conversion of SDTF into other land uses, are shown in figure 
3-2. In continental countries, the magnitude of SDTF conversion ranges 
from 45 percent in Bolivia to 95 percent in Peru, with the next highest 
conversion in Guatemala with 86 percent. With the exception of Bolivia, all 
other continental countries have converted at least 52 percent their SDTF 
coverage, and the overall conversion for these countries is an impressive 
66 percent. The five insular countries for which data are available show a 
magnitude of conversion that ranges from 58 percent in the Dominican 
Republic to 68 percent in Haiti, with an overall conversion of 66 percent. 
In sum, this analysis suggests a dramatic rate of conversion, with only 44 
percent of SDTF remaining in the region. 

Causes and Drivers of Change

Causes of degradation of tropical dry forests in the Neotropics are different 
from those of tropical rain forests, based on our current available knowl-
edge derived from tropical rain forests. In general, tropical dry forests are 
not the last but the first frontier for economic development policies, and 
the degradation and deforestation rates in this ecosystem have been greater 
than for other types of tropical forests (Sánchez-Azofeifa et al. 2005). Fur-
thermore, when dealing with causes and drivers of change in tropical dry 
forest, it is important to separate the effects of continental and insular deg-
radation forces, since they are different. 

The main driver of change in tropical dry forests is the expansion of 
the agricultural frontier, since these forests are located in areas with excel-
lent soils for agricultural industries and cattle expansion (Sánchez-Azofeifa 
2000; Kalacska et al. 2005). Arroyo-Mora et al. (2005), examining defor-
estation processes in Guanacaste, Costa Rica, concluded that the expan-
sion of the cattle frontier was the main force driving tropical deforestation 
in the late 1950s and 1960s, the former contributing to the creation of 
a highly fragmented landscape. Trejo and Dirzo (2000), studying tropi-
cal dry forests in central Mexico, and later Sánchez-Azofeifa et al. (2009), 
studying deforestation processes in the coastal region of Jalisco and the 
areas surrounding the Chamela-Cuixmala Biosphere Reserve, arrived at 
similar conclusions. 

Although the forces driving land use/cover change in tropical dry for-
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est environments seem to be, on the surface, similar to those for other sites 
in the tropics, the WWF’s Global 200 ecoregions (Olson and Dinerstein 
2002) scientific reports provide important insights into the nature of those 
forces. Drivers of change reported for 35 Neotropical dry forest ecoregions 
were identified from the scientific reports and tabulated for comparison. 
Tropical dry forest sites were selected in both island and continental sites. 
When drivers of change are analyzed at a global level, expansion of the 
agricultural frontier, cattle ranching, and selective logging emerge as the 
main three dominant forces on more than 50 percent of all tropical dry 
forest sites studied at the continental and insular levels. When island and  

Figure 3-2. Map showing percent converted area of SDTF in Latin America and 
the Caribbean. Pie graphs show the percent of the potential extent currently con-
verted (in black) and the percent remaining (in white) by country. Derived from 
data in Portillo-Quintero and Sánchez-Azofeifa 2009. 
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continental sites are decoupled, it is possible to observe a sharp difference in 
the forces of change in each region (fig. 3-3). For insular regions (fig. 3-3A) 
the main driving forces (defined as the forces that are identified on more 
than 50 percent of all sites) are invasion of exotic species, urban sprawl, se-
lective logging, agriculture, tourism development, and road construction. 
In the continental sites (fig. 3-3B) the main identified driving forces are 
agriculture expansion, cattle ranching and grazing, selective logging, urban 
sprawl, and hunting. Though an indirect driver of change, alien species in-
vasion is an important agent that affects natural restoration processes and 
increases the impact of fires in deciduous ecosystems (Cabin et al. 2002; 
Holzmueller et al. 2008), therefore having an important impact on the dy-
namics of land cover. Hunting, a phenomenon that disrupts plant-animal 
interactions such as seed dispersal and seed/seedling predation that drive 
forest dynamics, is likely to affect SDTF, but this is an inference largely 
based on studies in moist forest (S.J. Wright et al. 2007; Núñez-Iturri et al. 
2008), and studies of this sort in SDTF are badly needed.

When sites are compared against each other, only two drivers of 
change emerge: selective logging and urban sprawl are common to each 
region, showing a sharp difference not found previously in the literature, 
which has been driven mostly by the belief that expansion of the agri-
cultural frontier and cattle ranching/grazing were the main forces of land 
cover change in this ecosystem.

Fires and Tropical Dry Forest Land Cover Change

Although the presence of fires is not considered part of the natural habitat 
of tropical dry forests, as in the Brazilian Cerrado, it is considered one of 
the main factors of change in this ecosystem (Otterstrom 2006). Fire in 
tropical regions generally is considered a landscape disturbance that im-
poverishes ecosystems while it serves as an important element in the human 
domination of the landscape (Ehrlich et al. 1997). Eva and Lambin (2000) 
found strong linear relationships between humid forest cover change and 
fire frequency in Central Africa and Amazonia. However, they also found 
that there is not always a positive feedback between fires and humid forest 
cover change but that the type of land use controls the impact of fires on 
natural vegetation. Di Bella et al. (2006) found that the Neotropical eco-
system that is most affected by the occurrence of fires is actually the tropical 
dry forest, a fact that was later confirmed by S.J. Wright et al. (2007). Given 
that the majority of the population in the Neotropics lives within the dry 
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Figure 3-3. Drivers of change in tropical dry forests in (A) insular America and (B) 
continental America. Derived from Olson and Dinerstein 2002. 

(A)

(B)
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forest ecosystem in a matrix of high-intensity agriculture (Fajardo et al. 
2005), it is expected that fire occurrence will be higher here than in other 
tropical ecosystems.

Fire in tropical dry forests is, then, an anthropogenic process rather 
than a naturally induced phenomenon distributed along all tropical dry for-
ests in the Neotropics. Nonetheless, the relationship between fire occur-
rence and tropical dry forest cover change has not been addressed so far. In 
general, fires in tropical dry forests are initiated by farmers, either aiming 
to control pasture lands at the end of the dry season or as a slash-and-burn 
technique after clear-cutting, although the latter practice rather than the for-
mer is more used in tropical dry forest environments. Fires also tend to be 
more frequent in the areas bordering national parks and biological reserves 
in the tropics, and they decline with greater distance from parks (Wright 
et al. 2006). Fire control, in fact, is considered to be the most important 
achievement in the restoration of tropical dry forests at the Santa Rosa Na-
tional Park after other significant initiatives for forest restoration failed.

Fire is also a clear example of the way humans develop control mecha-
nisms in tropical environments. Tropical dry forests, because of their unique 
characteristics, are more prone to this disturbance, which probably is one 
of their more important land-cover change drivers. Unfortunately, our cur-
rent knowledge of fire’s impact on SDTFs and their long-term resilience is 
limited (Otterstrom et al. 2006), and additional work is necessary to better 
understand the long-term effects of this land-cover change driver. In gen-
eral, fire is destructive and considered one of the most important threats to 
the survival of tropical dry forests. Fighting fires around and inside SDTF 
protected areas is one the most important tasks for park managers.

Conclusions

Although not widely recognized, SDTFs are tropical ecosystems of great 
biodiversity, particularly from the standpoint of richness of endemisms, 
diversity of life-forms and functional groups, and their considerable spe-
cies turnover (beta diversity) (Trejo and Dirzo 2000). In light of this 
biodiversity, the dramatic transformation described in this synthesis, the 
magnitude of deforestation and fragmentation, and the threats from the 
current drivers of global environmental change (both in isolation and in 
synergism; see Miles et al. 2006), conservation and sustainable use of 
SDTFs in Latin America should clearly be a priority in national, regional, 
and global agendas. The deployment of conservation agendas, however, 
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rests on more and better scientific information regarding the spatiotempo-
ral patterns and processes of SDTF alteration. It is our hope that this study 
highlights some of the critical lacunae of tropical forest conservation that 
need urgent attention.
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PART II

Animal Biodiversity of Seasonally  
Dry Tropical Forests



Knowledge of biodiversity is key to sustainable management. For tropical 
dry forests, information on soil animal diversity is sparse compared with 
tropical wet forests, and considerably less than for grasslands and deserts. 
Nevertheless, given the rapid transformation of dry tropical forests, primar-
ily due to land use change (Janzen 1988a), it is important to examine the 
uniqueness of its faunal diversity and functioning as well as its vulnerability 
to increasing rates of global changes (Sala et al. 2000). 

Why are there so few studies on soil faunal diversity and ecosystem 
functioning in dry tropical forests compared with other ecosystems? 
Reasons include (1) an emphasis on wet tropical forests due to the high 
biodiversity and rapid deforestation (Lawton et al. 1996; Lawton et al. 
1998; Ineson et al. 2004; Bignell et al. 2005); (2) the small area of dry 
forests relative to wet tropical forests (Murphy and Lugo 1986a); and 
(3) poor recognition of ecosystem services that soil biota provide to hu-
mans (see table 4-1; van der Putten et al. 2004; Wall 2004; Wardle et al. 
2004), which include pollination and wild food when the edaphic phase of 
the life cycle of aboveground organisms is considered (Daily et al. 1997; 
van der Putten et al. 2004; Kremen 2005; Barrios 2007). Further, the as-
sumption that belowground faunal diversity will follow a latitudinal gra-
dient seen aboveground (sensu Swift et al. 1979) of highest biodiversity 
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and  abundance in the tropics may be unfounded (Boag and Yeates 1998; 
Bardgett et al. 2005; Maraun et al. 2007). There is evidence that local fac-
tors such as microclimate, resource quality, and habitat complexity have a 
greater importance to diversity than regional and latitudinal factors (Han-
sen and Coleman 1998; Wardle 2002; Bardgett et al. 2005). Additionally, 
evidence is accumulating that several groups of soil taxa (earthworms, col-
lembolans, nematodes, oribatid mites) do not follow this gradient (Seast-
edt 1984; Judas 1988; Foissner 1997a; Boag and Yeates 1998; Maraun et 
al. 2007), and a standardized assessment across latitudes is needed (Culik 
and  Zeppelini-Filho 2003; Maraun et al. 2003). Oribatid mites, for ex-
ample, have highest species richness in warm temperate systems (Maraun 
et al. 2007), and abundance of microarthropods is higher in boreal forests 
(greater than 300,000 per square meter) than in tropical forests (less than 
50,000 per square meter) (Seastedt 1984). 

Taxonomic impediments should also be considered for determin-
ing soil animal biodiversity (Wall et al. 2005; chap. 5). Worldwide, most 
soils have a high (greater than 95 percent) proportion of unknown or im-
properly described species (Lawton et al. 1998; Wall and Virginia 2000). 
Assessing soil animal biodiversity at the species level requires taxonomic 

Table 4-1. Ecosystem goods or services, processes involved, and estimated 
contribution of faunal diversity in dry tropical forests

Good or service provided  
for humans

Ecosystem process Relative contribution  
of faunal biodiversity 

Food production Bioturbation, wood  
decomposition

Small

Water quality N-retention in biomass,  
physical stabilization, 
interception of runoff

Large

Watershed flow Moisture retention by organic 
matter, evapotranspiration

Medium to small

Fiber production Decomposition, organic  
matter/nutrient cycling,  

nutrient availability, N-fixation

Large

C sequestration Organic matter formation,  
inorganic C deposition

Large

Trace gas regulation Maintenance of C and N  
balances

Large 
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expertise and several types of extraction methods for the many different tax-
onomic groups (Adis 1988; Coleman et al. 2004; Barberena-Arias 2008). 
Use of different methods and identification categories contributes to an 
inadequate database for soil biodiversity and ecosystem analysis. Although 
summaries are available for a few taxa such as collembolans and oribatid 
mites in Brazilian ecosystems (Culik and Zeppelini-Filho 2003; Oliveira 
et al. 2005) and earthworms of Neotropical systems (Fragoso et al. 1995), 
Adis (1988) noted that soil animal biomass and population densities in the 
Neotropics were based on partial inventories, collected by various meth-
ods. This is in contrast to standardized techniques used in wet tropical for-
ests by global projects (e.g., Giller et al. 1997; Bignell et al. 2005; TSBF 
2007). Despite these inconsistencies, there are several studies that provide 
examples of drivers of diversity and the roles of soil biota in biogeochemical 
cycling and ecosystem service. The examples highlighted throughout this 
chapter are a basis for more-comprehensive and standardized studies of soil 
biodiversity and functioning in dry tropical forests. 

Species Diversity and Distribution in Seasonally  
Dry Neotropical Forests 

Light (1933) and Thorne et al. (1994) published termite species lists for 
western Mexico, which includes some dry tropical forest habitats. Within 
the tropics, termites are known to be numerically and ecologically impor-
tant (Thorne et al. 1996). Fragoso et al. (1995) synthesized earthworm di-
versity and biogeography in northern Neotropical countries and proposed 
a framework for regional and global distribution of earthworm functional 
groups based on multiple interacting factors of phylogenetic constraints, 
moisture, temperature, and soil fertility, which helps explain the presence 
of earthworms in dry and seasonally dry forests. Biogeographical distribu-
tion of larger soil macrofauna appears to vary at local and regional scales 
of dry tropical forests, as has been noted in other ecosystems (Fragoso et 
al. 1995). Hanson (chap. 5) notes that while some groups of insects with 
soil-inhabiting larvae are common in dry tropical forests, others are rare or 
absent, which may be linked to inherent characteristics of this particular 
ecosystem, such as soil type. However, factors affecting the distribution of 
smaller biota (microbes and protozoa) are just being examined. Foissner 
(1995) found 80 ciliate species in a single soil sample from a seasonally dry 
tropical forest (SDTF) in Puerto Rico and from this described four new 
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genera and seven new species. Soils vary on the microhabitat scale, which 
suggests many more species of protozoa to be discovered.

Most studies of soil fauna have concentrated on microarthropods 
(Acari and collembolans). Neotropical collembolan diversity is about 1200 
species (Mari Mutt et al. 1996—2001), which is considered an underesti-
mate (Culik and Zeppelini-Filho 2003), compared with 7500 species glob-
ally and 812 species for North America. Culik and Zeppelini-Fihlo’s (2003) 
synthesis of Brazil’s collembolan diversity (199 species, of which 127 are 
endemic) across ecosystems indicates about 66 percent are from forests, 
and the remainder are found in other or undescribed habitats. The Brazilian 
dry tropical and seasonally dry forests have about 46 collembolan species, 
of which 13 are considered endemic to Brazil (Culik and Zeppelini-Filho 
2003). Underestimates of species diversity occur not only with Collembola 
but also with other groups. A yearlong study of prostigmatid mites living 
in litter of two dry forest watersheds in the Chamela Biological Station in 
Mexico noted 31 of 43 species in the family Cunaxidae as new to science 
(Mejía-Recamier and Palacios-Vargas 2007; Palacios-Vargas et al. 2007). 
These are important findings as the Cunaxidae are predators of smaller mi-
croarthropods in the food chain (Walter and Kaplan 1991) found in soils, 
litter, and decomposing bark.

Many factors, such as seasonality, soil heterogeneity, and plants, can 
affect faunal species diversity and abundance (Swift et al. 1979; Coleman 
et al. 2004). Adis et al. (1989) examined wet and dry season soil arthro-
pod densities (58,000 per square meter) in a moist campinarana forest 
near Manaus, Brazil, and found no differences and no evidence of animal 
migration to deeper depths during the dry season. Sixty-three percent of 
all arthropods measured at 0 to 14 centimeters depth were in the top 3.5 
centimeters of soil. This was in contrast to studies during the dry season in 
seasonal tropical soils, showing lower arthropod abundance and vertical 
migration (Wallwork 1976; Lieberman and Dock 1982). In a dry forest of 
Mexico, Palacios-Vargas et al. (2007) examined arthropod abundance in 
soil and litter on a monthly basis for a year and noted different responses of 
microarthropod taxa to wet and dry seasons. Mite abundance was greater 
in the dry season, while collembolans were more abundant during the 
wet season. As with other arthropod studies (Adis 1988; Barberena-Arias 
2008), Acari and collembolans dominated in soil and litter, comprising 90 
percent of total arthropods, with total abundance greater in soil than litter 
(Palacios-Vargas et al. 2007). Seasonality of plant root growth and death as 
a source of carbon to soils (Kummerow et al. 1990) could be a factor regu-
lating soil abundance in this dry forest but has yet to be quantified.
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In many ecosystems, plant litter quality and quantity appear to gov-
ern diversity and density of soil and litter animals. For example, within 
a dry subtropical forest site, taxonomic composition of soil fauna varied 
in wood and litter of the same tree species (González and Seastedt 2000; 
Torres and González 2005). Whether diversity and composition of plants 
and litter quality across sites govern belowground (soil and plant litter) 
diversity and abundance is inconclusive for soil fauna in many ecosystems 
(see Maraun et al. 2007). Southwood et al. (1979) proposed that higher 
tree diversity could explain higher aboveground arthropod diversity. How-
ever, evidence varies as to whether plant diversity, identity, or composition 
drives soil diversity and abundance in ecosystems. Maraun et al. (2007) and 
others (Hansen 2000; St. John, Wall, and Behan-Pelletier 2006; St. John, 
Wall, and Hunt 2006) note that microarthropods have limited possibili-
ties to adapt to a particular tropical or temperate site, since food resources 
(fungi, plant litter, physicochemical composition) are similar. Salamon et 
al. (2004) tested the relationship of collembolan diversity with plant spe-
cies diversity and found little correlation and suggested that coevolutionary 
processes with plant species probably were not important. 

In dry semitropical systems, Barberena-Arias (2000) examined litter 
arthropods in three forest ecosystems of differing tree diversity (and man-
agement) across Mona Island, Puerto Rico, and found faunal diversity was 
positively related to a gradient of higher tree diversity. The managed ma-
hogany plantation and a native plateau were dominated by a single tree spe-
cies and exhibited lower litter microarthropod diversity, compared with the 
more diverse native coastal forest. Arthropod abundance was not related to 
litter quantity across sites and was highest at the native plateau forest where 
arthropod predators were considerably lower (Barberena-Arias 2000). In 
a study of two secondary dry forests (natural and planted) of Guadeloupe, 
Loranger-Merciris et al. (2007) reported that tree litter identity was related 
to greater abundance of macrofauna and microarthropods in a plantation 
of Tabebuia heterophyla than in other trees at the site. They attributed this 
to soil types and chemistry and lower levels of leaf tannins in the T. hetero-
phyla plantation. Two anecic earthworm species occurred in soils only at 
the planted sites. Soil microarthropod (Collembola and Acari) composi-
tion varied in the soil profile at the two sites, with collembolans dominating 
the planted forest (Loranger-Merciris et al. 2007). These limited examples 
are insufficient to explain drivers of animal diversity in dry tropical forest 
soils but do illustrate that plant species and composition are a major fac-
tor for litter animal diversity, though soil fauna may be more influenced 
by physicochemical characteristics. Heterogeneity of soil habitats within 
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meters can govern faunal distribution, particularly for smaller biota such as 
protozoa and nematodes (Foissner 1995, 1997b; Anderson 2002). These 
few examples also indicate that seasonal responses to precipitation differ 
with animal group and may be characteristic of life history and physiologi-
cal and behavioral response. 

While the above examples describe the species richness of some groups 
of soil taxa, they were not designed to quantify or compare the effect of soil 
animal abundance and diversity on ecosystem processes among different 
forests; only a few studies compare soil fauna and ecosystem processes in 
wet and dry forests. Here we highlight some of these.

Soil Fauna and Ecosystem Processes

Wood debris is a major component of inputs to soils in dry tropical 
forests, and its decomposition rate varies with ecosystem (Eaton and 
Lawrence 2006). Wallwork (1976) postulated that soil fauna effects on 
wood decomposition were minimal in dry forests because of moisture 
constraints and in wet forests because soil fauna avoid the massive extent 
of fungal hyphal networks. Torres and González (2005) compared soil 
taxa in decomposing wood logs in wet and dry subtropical forests in 
Puerto Rico to test this hypothesis. They identified organisms, many to 
species level, in decomposing Cyrilla racemiflora logs after 13 years in 
the field at the Guánica dry tropical and the Luquillo wet tropical forest. 
They found higher species diversity and different taxonomic and func-
tional groups (table 4-2) in the Guánica site (25 species) compared with 
the wet forest (12 species). For example, termites and ants occurred in 
greater abundance in wood in the dry forest (table 4-3), but termites 
were of different species in the wet site. Earthworms and fungi were 
more frequently associated with logs in the wet than dry forest. Reptiles 
occurred only in the dry tropical forest: the coastal blind snake, Thyphlops 
hypomethes, feeds on termites and ants and inhabits soils and logs, and 
the gecko, Sphaerodactylus nicholsi, lives in shaded but thick litter of dry 
forests (López-Ortiz and Lewis 2004). The presence of reptiles illustrates 
that soils are also habitats and food sources for vertebrates, a dependence 
that could be affected by land use change. The decomposition of logs 
also differed: the dry tropical forest logs had lower moisture content but 
higher decomposition rates (an average of 61 percent and 54 percent 
mass loss, respectively) than the Luquillo wet forest. Nutrient composi-
tion of the decaying bark of logs in the dry tropical forest appeared to be 
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higher in calcium, phosphorus, and nitrogen than in the Luquillo wet 
forest. González and Seastedt (2000, 2001) and González et al. (2001) 
hypothesized that the presence of certain functional groups, rather than 
taxonomic identity (order level), whose activities were not constrained 
by climatic conditions such as high temperatures and low moisture, were 
important determinants of litter decay in SDTF compared with other 
ecosystems they examined (e.g., alpine forest).

While the Torres and González (2005) study provides evidence that 
faunal biodiversity is higher in decaying wood in a dry compared with a wet 
forest, evidence varies on whether diversity is also higher in soil and litter 
of dry tropical forests. Barberena-Arias (2008) found no difference in taxo-
nomic richness in soils and litter in wet and dry forests analyzed at a coarse 
level—class and order—but noted differences with extraction methods. 
Overall abundance, however, was considerably greater in the dry forest, 
with Acari and collembolans dominating the soil community (tables 4-2, 
4-3). For certain taxonomic groups abundance was low or similar in dry 
and wet forests. These examples illustrate the need for comparative studies 
in dry and wet forests.

Table 4-2. Comparison of soil fauna diversity in wood, litter, and soil in wet and 
dry Neotropical forests

Location Wet  
forest

Dry  
forest

Taxonomic  
level

Habitat  
type Reference

Puerto Rico 12 29 Species Wood Torres and González 
2005

 13 m –2 13 m –2 Order Soil Barberena-Arias 2008

5 g –1 8 g –1 Litter 

4 g –1 1.5 g –1 Order Litter González and Seastedt 
2000

Mexico 32 m –2 Order Litter Palacios-Vargas et al. 
2007

28 m –2 Order Soil

Guadeloupe 71 Species Soil (native 
forest)

Loranger-Merciris  
et al. 2007

61 Soil (planted 
forest)

A variety of collection methods were used. Diversity is represented per unit measure.
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Global Change and Belowground Biota  
in Seasonally Dry Tropical Forests

Few studies examine how global changes will affect the linkages of soil bi-
ota in SDTFs to aboveground biota, and little evidence exists for assessing 
the vulnerability of soil biota to climate change in either wet or dry tropical 
forests (but see Wall et al. 1999). However, in both wet and dry tropical 
forests many studies show that soil biodiversity and abundance change with 
disturbance (Fragoso et al. 1997; Giller et al. 1997; Johnson and Wedin 
1997; Allen et al. 1998; Lawton et al. 1998; Chauvel et al. 1999; Bignell 
et al. 2005). In dry tropical forests, community composition can be altered 
(Barberena-Arias 2000) and single species may dominate abundance with 
varying effects on ecosystem processes (Barberena-Arias 2000; Decaëns et 

Table 4-3. Soil fauna abundances in litter and soil from wet and dry 
Neotropical forests 

Location Wet  
forest

Dry  
forest

Taxonomic  
level

Habitat  
type Reference

Puerto Rico 10,189 m –2 23,210 m –2 Order Soil Barberena-Arias  
2008

3.5 g –1 4.5 g –1 Order Litter 

80 g –1 2 g –1 Order Litter González and  
Seastedt 2000

Mexico 26,497 m –2 Order Soil Palacios-Vargas  
et al. 2007

15,756 m –2 Order Litter

Guadeloupe 100 m –2 Species Soil (native 
forest)

Loranger-Meciris  
et al. 2007

183 m –2 Species Soil (planted 
forest)

51,000 m –2 Order Soil (native 
forest)

61,000 m –2 Order Soil (planted 
forest)

A variety of collection methods were used. Abundance expressed as number per unit.
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al. 2004; Palacios-Vargas et al. 2007). For example, Yamada et al. (2006) 
studied nitrogen as an input to decomposition in two tropical forests, a dry 
deciduous forest and a dry evergreen forest in Thailand, and found that of 
a diverse group of termites, only wood- and litter-feeding termites fixed 
nitrogen. Two species, Microcerotermes crassus and Globitermes sulphreus, had 
nitrogen fixation rates of 0.21 and 0.28 kilogram per hectare per year, re-
spectively (see also Genet et al. 2001; Decaëns et al. 2004). Disruptions 
of soil habitats and inhabitants may alter nutrient cycling such as nitrogen 
fluxes (Yamada et al. 2006) and carbon sequestration (Singh et al. 1991) 
as well as porosity, aeration, water capacity, and other physical and chemi-
cal properties of the soil habitat (Höfer et al. 2001; Decaëns et al. 2004; 
Barrios 2007). In fact, it has been hypothesized that the loss of termites, 
and the general decline in the abundance of macroinvertebrate decompos-
ers along broad latitudinal gradients, reduces the ability of the fauna to 
uniformly affect decomposition rates in colder regions as well (González 
2002). Alterations of rates of decomposition have rippling effects on other 
biota beyond soils (Wall and Moore 1999; Ineson et al. 2004).

Land use change is a major driver affecting soils. For example, human 
population pressures and fertile soil conditions are resulting in the con-
version of dry tropical forest to agriculture (Murphy and Lugo 1986a). 
Agricultural lands increased in Mexico by 64 percent between 1977 and 
1992; while forested areas decreased by 26 percent (Cairns et al. 2000). As 
more land is converted from dry tropical forest to agriculture, the benefits 
of managing for complex and complete soil food webs that provide many 
ecosystem services will become more important to growers, especially in 
areas where access to pesticides is limited by availability, economics, or en-
vironmental concerns. 

Conclusions

Dry tropical soil biodiversity and abundance may be greater than in wet 
forests. The ecosystem services provided to humans by soil animals and 
microbes are a key reason for considering animals in the context of soil 
sustainability. While clearing of forests for agriculture may be an immedi-
ate need, examples presented here illustrate that changes occurring in the 
wealth of undescribed biodiversity belowground can be much longer last-
ing. We suggest the following are urgently needed: (1) a network of tax-
onomists and ecosystem scientists studying a critical ecological process in 
several dry tropical forest sites, (2) establishment of comprehensive and 
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long-term studies of management effects on the vulnerability of macro-
fauna and selected groups (e.g., nitrogen fixers) as linked to soil carbon and 
nutrient fluxes and management, (3) research efforts comparing nearby 
tropical wet and dry forests, (4) assessment of conservation priorities at 
local and regional scales that include consideration of belowground biodi-
versity, and (5) assessment of ecosystem services for animals in soil habitats 
of dry tropical forests.



Chapter 5

Insect Diversity in Seasonally  
Dry Tropical Forests

Paul E. Hanson

The primary objective of this chapter is to provide a preliminary overview 
of insect diversity of Central American seasonally dry tropical forests by 
comparing the proportions of species that either are restricted to dry for-
ests versus wet forests or occur in both. One of the major impediments 
to evaluating insect diversity, especially in the tropics, is that the majority 
of species are still undescribed. However, over the past 20 years an inten-
sive inventory has been carried out in Costa Rica, and several taxonomists 
have dedicated considerable effort towards describing this fauna (Hanson 
2004). Although the proportion of the country occupied by dry forests is 
relatively small (about 15 percent), Costa Rica provides some of the best 
data presently available; additionally, the diversity of its entomofauna is 
considerable.

The dry forests of Costa Rica are located in the northwestern part of 
the country, and their proximity to both high- and low-altitude wet for-
ests permits migration out of the dry forest during the dry season. Several 
species of insects migrate to lowland wet forest to continue breeding, 
while others migrate up into the mountains, either to continue breeding 
or to become dormant. In the Central American dry forests the presence 
of adjacent volcanoes is especially conducive to altitudinal migration fol-
lowed by dormancy. Finally, the presence of rivers running down from 

DOI 10.5822/978-1-61091-021-7_5, © Island Press 2011
71,R. Dirzo , Seasonally Dry Tropical Forests: Ecology and Conservation et al. (eds.)



72 seasonally dry tropical forests

the volcanoes through the dry forest allows some species to move shorter 
distances during the dry season to the moister habitats adjacent to creeks 
and springs.

Many species of insects are restricted to seasonally dry tropical forests, 
but at higher taxonomic levels the list is much shorter. Examples of genera 
that appear to be dry forest specialists in Central America include three soil 
inhabitants: Tenuirostritermes (Termitidae), Spiroberotha (Berothidae), and 
Quemaya (Tiphiidae). Several higher-level taxa, while not restricted to dry 
forests, are generally considered to be more species rich in dry forests. Ex-
amples include ant lions (Mymeleontidae), hide beetles (Trogidae), certain 
click beetles (Elateridae: Cebrioninae), spider beetles (Anobiidae: Ptini-
nae), darkling beetles (Tenebrionidae), blister beetles (Meloidae), certain 
longhorn beetles (Trachyderini and Acanthocini; Noguera et al. 2002), and 
bee flies (Bombyliidae).

Ant lion larvae are predators that live in the soil, especially in sandy 
soil. Hide beetles and spider beetles colonize late successional stages of ca-
davers (when they are dry), and the latter are also associated with detri-
tus in vertebrate and ant nests. The larvae of cebrionine click beetles and 
many darkling beetles live in the soil, the former feeding on roots, the latter 
primarily on decomposing plant material. Blister beetle larvae feed in bee 
nests or on grasshopper eggs in soil, while longhorn beetles feed in dead 
branches. The larvae of bee flies are parasitoids of beetle larvae in soil or 
wood, caterpillars, nest-building wasps and bees, or grasshopper eggs. One 
of the few patterns to emerge from this brief compilation is that many of 
these taxa have larval stages that live in the soil.

A few of the groups mentioned above are known to possess physi-
ological and/or behavioral adaptations for survival under hot, dry condi-
tions. For example, diurnal darkling beetles in arid regions possess mech-
anisms for reducing respiratory water loss (Duncan et al. 2002). Blister 
beetles apparently lack such water conservation mechanisms but instead 
feed on plants to obtain water; it is thought that this, combined with a tol-
erance to high temperatures, allows them to inhabit dry habitats (Cohen 
and Pinto 1977).

The majority of insect families are probably more species rich in wet 
forests than in dry forests. Given that species richness of plants is greater in 
wet forests than in dry forests (Gentry 1995) and that a large proportion of 
all insects are phytophagous or parasitoids of phytophagous insects, a simi-
lar trend is expected in insects. For example, 75 percent of the grasshopper 
species of Costa Rica are confined to wet forests, and the latter also har-
bor a disproportionately large proportion of grasshopper species showing 
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restricted distributions. The grasshoppers of dry forests include relatively 
fewer species and are more widely distributed (Rowell 1998). Among the 
few grasshoppers that are restricted to dry forests is the Central American 
migratory locust (Schistocera piceifrons).

Insights Derived from Insect Surveys in Costa Rican SDTF

For these surveys, dry forests were defined as those sites on the north Pacific 
coast below about 600 meters altitude. The choice of taxa was necessarily 
limited to those that have been well collected and studied taxonomically. 
For this reason, recent taxonomic monographs were the preferred source of 
information, since all known species of a particular taxon are included, the 
identifications are the best available, and the distributions within the coun-
try are summarized. The monographs utilized provided data for Dynastinae 
(Ratcliffe 2003), Ichneumonidae (Gauld 1997, 2000; Gauld, Ugalde et al. 
1998; Gauld, Godoy et al. 2002), Encyrtidae (Noyes 2000), Papilionidae 
and Pieridae (DeVries 1987), and Riodinidae (DeVries 1997). For ants, 
the Costa Rica Ants Web site (AntWeb; Longino 2006) was used. For the 
remaining groups, the database of the Instituto Nacional de Biodiversidad 
(INBio; ATTA 2004) was used. For each of the species examined, the col-
lecting sites were noted to determine whether the species is restricted to dry 
forests, restricted to wet forests, or is present in both forest types. Although 
the same methodology was not possible for bees, results from extensive col-
lecting at a wet forest site (Bijagua) and a dry forest site (Cañas) were used 
to compare species richness between sites (Griswold et al. 1995). 

Locality data from 3563 species (14 families) of holometabolous in-
sects were examined. The number of specimens per species ranged from 
1 to over 4000. Obviously the data from species represented by very few 
specimens yield less-reliable results than those with large numbers of speci-
mens. It should be noted that there is no reason to suspect that wet forests 
have been better sampled than dry forests or vice versa, other than the fact 
that wet forests occupy a much larger portion of the country.

Of the 3563 species included in this study, approximately 8 percent are 
restricted to dry forest, 72 percent are restricted to wet forest, and 20 per-
cent are present in both. Beetles show a greater proportion (14.7 percent) 
of species restricted to dry forests than do the other three orders, but very 
few families from each order were included in the analysis, and thus com-
parisons between insect orders will only be meaningful when many more 
families are included.
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Beetles (Coleoptera)

Larvae of most tiger beetles (Carabidae: Cicindellinae) dig burrows in the soil 
where they await their prey. Only three species are restricted to dry forests, and 
all belong to the very large cosmopolitan genus Cicindela. Eight other species in 
this genus occur in both wet and dry forests, and thus 11 of the 13 tiger beetle 
species that are recorded from the dry forest belong to this genus. The other 
large genera in Costa Rica, Ctenosoma and Odontocheila, are poorly represented 
in dry forests. Adults of the former inhabit the canopy, and larvae burrow in 
rotting logs, while adults of the latter rest on foliage of the forest understory 
between hunting forays on the ground (Pearson and Vogler 2001).

Within the family Scarabaeidae, the subfamily Melolonthinae shows the 
greatest relative species richness in dry forests (table 5-1). The only data avail-
able were for the largest genus, Phyllophaga, whose larvae feed on plant roots. 
Moreover, the only major group of Rutelinae that feeds on roots is the genus 
Anomala, which has a greater proportion of species restricted to dry forests than 
does the subfamily as a whole, most of which feed in rotting logs. Dung beetles 
(subfamily Scarabaeinae), whose larvae also live in soil, also show a relatively 
high proportion of species restricted to dry forests. At the other extreme, the 
group showing the lowest relative number of species in dry forests is Dynasti-
nae, whose larvae inhabit rotting tree trunks and other rotting plant material.

Leaf beetles (Chrysomelidae) are the second largest group of phytoph-
agous beetles after the weevils (Curculionoidea). Unfortunately, the data 
are currently insufficient to analyze the largest group of leaf beetles, the 
subfamily Galerucinae (including Alticini). However, among the subfami-
lies for which sufficient data are available (table 5-1), the very high propor-
tion of cryptocephaline species restricted to dry forests is one of the most 
striking results of this study: 72 percent is much higher than the proportion 
found for any other taxon analyzed in this study. Cryptocephalus and the 
tribe Clytrini, which account for a substantial portion of the species in the 
subfamily, are known to be especially diverse in the southwestern United 
States and northern Mexico (W. Flowers, pers. comm.). Cryptocephaline 
larvae are unusual among leaf beetles in that the larvae construct protective 
cases and many species feed in the leaf litter or in ant nests.

Seed beetles (Bruchinae) also show an extraordinarily high proportion 
of species restricted to dry forests (table 5-1). The larvae of all species feed 
in seeds, especially in seeds of Fabaceae (Janzen 1980). There are far fewer 
species in lowland rain forests, where seed-feeding weevils are proportion-
ately more species rich and abundant. At upper elevations, both groups are 
almost nonexistent except for weevils in the seeds of Sapotaceae and Laura-
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ceae, but seed-feeding wasps are more abundant, especially in the seeds of 
Rubiaceae (D.H. Janzen, pers. comm.).

The other three subfamilies of leaf beetles included in the analysis (ta-
ble 5-1) do not show any unusual trends when compared with the overall 
results, except perhaps Eumolpinae, which have a slightly higher than aver-
age number of species restricted to dry forests.

Parasitic Wasps

There are approximately 60 families of parasitic wasps, but very few of these 
have received species-level taxonomic study in the Neotropics. In Costa 
Rica three large families—Ichneumonidae, Encyrtidae, and  Eulophidae—

Table 5-1. Relative percentage of beetle (Coleoptera) taxa in dry versus wet forests 

Restricted to dry 
forests (%)

Restricted to wet 
forests (%)

Present in  
both (%)

Carabidae    

Cicindellinae (n = 35) 8.6 62.9 28.5

Scarabaeidae

Melolonthinae (n = 44) 16.0 61.3 22.7

Scarabaeinae (n = 120) 15.0 73.3 11.7

Cetoniinae (n = 35) 11.4 65.7 22.9

Rutelinae (n = 80) 10.0 76.25 13.75

Dynastinae (n = 128) 1.0 71.0 28.0

Chrysomelidae

Cryptocephalinae (n = 25) 72.0 8.0 20.0

Bruchinae (n = 61) 49.2 21.3 29.5

Eumolpinae (n = 52) 15.4 65.4 19.2

Cassidinae (n = 259) 11.2 70.3 18.5

Chrysomelinae (n = 45) 8.9 73.3 107.8

Total (n = 884) 14.7 65.2 20.1

Cassidinae includes the hispine beetles.
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have been the subject of major taxonomic monographs, and the first two 
were included in the analysis. For Encyrtidae, only the subfamily Tetracne-
minae was included, since taxonomic work on the other subfamily (En-
cyrtinae) is only partially complete. Similarly in Ichneumonidae, not all 
subfamilies have received taxonomic treatment.

In an examination of the results (table 5-2), four groups stand out as 
having a relatively greater proportion of species restricted to dry forests: 
Tetracneminae, Labeninae, Anomaloninae, and Ctenopelmatinae. Tet-
racneminae are parasitoids of mealybugs; in Labeninae, Grotea species are 
cleptoparasites of bees that nest in twigs, while Apechoneura and Labena 
parasitize beetle larvae in wood; Anomaloninae attack lepidopteran cater-
pillars, while Ctenopelmatinae parasitize sawfly caterpillars. Most of the 
groups having relatively fewer species restricted to dry forests also parasit-
ize lepidopteran larvae (although many Pimplinae parasitize spiders).

The observed trends are thus difficult to explain on the basis of hosts 
or type of parasitism (Labeninae and Pimplinae paralyze their hosts, while 
the other groups generally do not). However, there does appear to be a 

Table 5-2. Relative percentage of parasitic wasp (Hymenoptera) taxa in dry versus 
wet forests

Restricted to dry 
forests (%)

Restricted to wet 
forests (%)

Present in  
both (%)

Encyrtidae    

Tetracneminae (n = 146) 15.1 55.5 29.4

Ichneumonidae

Labeninae (n = 44) 15.9 59.1 25.0

Anomaloninae (n = 69) 14.5 58.0 27.5

Ctenopelmatinae (n = 42) 14.3 81.0 4.7

Cremastinae (n = 138) 8.0 65.9 26.1

Tryphoninae (n = 41) 7.3 90.2 2.5

Metopiinae (n = 130) 6.2 83.1 10.7

Metopiinae (n = 185) 2.2 77.3 20.5

Banchinae (n = 247) 0.8 89.9 9.3

Total (n > = 1042) 7.0 75.0 18.0
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general correlation with altitudinal patterns in species richness. Groups 
having relatively more species restricted to dry forests also tend to reach 
their maximal species richness at low altitudes. Tetracneminae, Labeninae, 
Anomaloninae, and Cremastinae reach their peak species richness at al-
titudes of 500 meters or lower, whereas Tryphoninae, Metopiinae, Pim-
plinae, and Banchinae all reach their maximum species richness at 1000–
1400 meters (Gauld 1997, 2000; Noyes 2000). Ctenopelmatinae show 
a peak at 1600 meters but a secondary peak at 400 meters (Gauld 1997). 
The correlation with altitudinal patterns in species richness is hardly sur-
prising, since the dry forests occur at lower altitudes. Nonetheless, certain 
questions remain; for example, why Anomaloninae is better represented 
in dry forests than is Cremastinae, despite the fact that both are predomi-
nantly low-altitude groups.

Ants

Pseudomyrmecinae and Dolichoderinae were excluded because of insuf-
ficient data. Among the subfamilies included in the analysis, nine intro-
duced species were excluded because they occur primarily in highly dis-
turbed habitats. Ants as a whole are very poorly represented in dry forests: 
only 4 percent of the analyzed species are restricted to dry forest versus 82 
percent restricted to wet forest (table 5-3). In a comparison of the number 
of species per area (number species per 1000 square kilometers, s = x/a0.25) 
between North America (north of Mexico) and Costa Rica, ants show a 
much more pronounced increase in species per unit area with decreasing 
latitude than do any other group of Hymenoptera (P. Hanson, unpub-
lished data). Thus, it could be that ants are not depauperate in seasonally 
dry tropical forests, but they do not show the same latitudinal trend that 
they do in wet forests. It should also be noted that, unlike the other taxa, 
ants have been less intensively sampled in dry forests than in wet forests (J. 
Longino, pers. comm.).

One of the few groups of ants that has an expected proportion of spe-
cies restricted to each forest type are the fungus-growing ants (Attini; table 
5-3). Within this tribe, the genus Mycetosoritis appears to be largely absent 
from most of the wet tropical forests, represented by just one or two spe-
cies (M. hartmanni/vinsoni) from northwestern Costa Rica to Texas and by 
three species in southern Brazil and Argentina. In the subfamily Formici-
nae, the only genus having species restricted to dry forests is Camponotus 
(7 of 65, or 11 percent), including Camponotus conspicuus zonatus, which 
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 appears to have spread, within historical times, to the Costa Rican Cen-
tral Valley where it often nests in electrical appliances and is a serious pest. 
Among the groups that are poorly represented in dry forests are Cephalo-
tini (arboreal ants that feed on nectar), Dacetini (nest in soil and rotting 
wood; predators with specialized mandibles), poneromorphs (soil nest-
ing, predatory ants), Ecitoninae (army ants, which prey primarily on other 
ants), and Basicerotini (slow moving, generalist predators of the leaf litter). 
The last two groups do not have a single species restricted to dry forests.

I have been unable to locate studies comparing the biomass of ants 
between dry and wet lowland forests. In the dry forests of the Argentin-
ean Chaco, an abundance of leaf litter and terrestrial bromeliads promotes 
a high density and high species richness of ants (Theunis et al. 2005). 
Seed-harvesting ants in the genus Pogonomyrmex are an ecologically sig-
nificant group of ants in arid regions of North America and Argentina, 
but they are absent from the area between southern Guatemala and Co-
lombia (Hanson and Gauld 2006). Among the genera excluded from the 
analysis, there are at least a couple of dry forest specialists, Pseudomyrmex 
cretus and Azteca coeruleipennis, the latter being a (mutualistic) Cecropia 
ant (J. Longino, pers. comm.).

Table 5-3. Relative percentage of ant (Hymenoptera: Formicidae) taxa in dry 
versus wet forests 

Restricted to dry 
forests (%)

Restricted to wet 
forests (%)

Present in  
both (%)

Attini (n = 44) 9.1 75.0 15.9

Formicinae (n = 100) 6.0 77.0 17.0

Various tribes (n = 285) 4.6 84.2 11.2

Cephalotini (n = 28) 3.6 67.9 28.5

Dacetini (n = 73) 2.7 83.6 13.7

Poneromorphs (n = 104) 1.9 79.8 18.3

Ecitoninae (n = 40) 0.0 85.0 15.0

Basicerotini (n = 26) 0.0 92.3 7.7

Total (n = 700) 4.0 81.6 14.4

Myrmicinae is divided into Attini, Cephalotini, Dacetini, Basicerotini, and “various tribes” 
(other tribes).
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Bees 

The data available for bees are not sufficient to make comparisons of the type 
made in the other taxa included in this study. However, Frank Parker carried 
out intensive collecting of bees at one dry forest site (Cañas) and a nearby 
wet forest site (Bijagua). These samples were identified by Terry Griswold, 
and a brief summary of the results was presented in Griswold et al. (1995). 
The wet site had 247 species and the dry site 201 species, which is due pri-
marily to the greater species richness of sweat bees (Halicitidae), orchid bees 
(Euglossini), and stingless bees (Meliponini) at the wet site. Orchid bees 
appear to make regular flights between the wet forest and dry forest, since 
there are very few orchid species available for male bees in the dry forest 
(Janzen et al. 1982). Analyzing the collection data of 49 species of stingless 
bees reveals that none are restricted to the dry forest; 30 are restricted to wet 
forest, and 19 occur in both types of forest. These results agree with previ-
ous findings that there is a shift from dominance of solitary species in dry 
forests to eusocial species (i.e., stingless bees) in lowland wet forests.

Bee genera that are more diverse in the dry forest site than in the wet 
forest site include Coelioxys (Megachilidae; 21 versus 8 species) and Centris 
(Apidae; 11 versus 3). Coelioxys are cleptoparasites of other bees, while Cen-
tris harvest floral oils. The latter have been the subject of numerous studies 
(e.g., Frankie et al. 1998), and oil-collecting bees in general appear to be 
an important component of nonseasonally dry tropical forests. In one well-
studied Costa Rican dry forest site (Bagaces), large bees (12 millimeters 
or more in length) such as Centris, Epicharis, Mesocheira, and Mesoplia (all 
Apinae) appear to be the predominant pollinators of about one-quarter of 
the tree species, with small bees the predominant pollinators of another 
quarter. In plants other than trees, large bees are the predominant pollina-
tors of only 12.5 percent of the species, and small bees 64 percent. Large-
bee flowers bloom mostly during the dry season, which is when these bees 
breed. No such seasonal trends are evident among the small-bee flowers 
(Frankie et al. 2004). 

Flies

Three families of flies—Asilidae (n = 40), Tabanidae (n = 128), and Syr-
phidae (n = 194)—were included in the analysis, and the last family was 
separated by subfamily. The larvae of both robber flies (Asilidae) and deer 
flies (Tabanidae) are generally soil-inhabiting predators. The latter tend to 
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be more associated with wet soil, and thus it is not surprising that more 
species of Asilidae are restricted to dry forests (17.5 percent) than are Ta-
banidae (10.9 percent). Among hover flies (Syrphidae), 20.0 percent of 
Microdoninae, 10.7 percent of Eristalinae, and 1.3 percent of Syrphinae 
are restricted to dry forests. Microdoninae are associated with ant nests in 
the larval stage, and Eristalinae tend to be saprophagous, whereas many 
Syrphinae are predators of aphids, scale insects, and so on. These differ-
ences between the three subfamilies of Syrphidae merit further research.

Moths and Butterflies

The two families of nocturnal moths, Sphingidae and Saturniidae, have 
been especially well studied in the dry forests of Costa Rica (e.g., Janzen 
1993, 2003; Janzen and Hallwachs 2005). These studies have shown that 
while both families include species that spend the dry season as dormant 
pupae in the leaf litter, many hawk moths (Sphingidae) migrate to wet for-
ests during the dry season. The latter finding is reflected in the results of the 
present study, where an unusually high proportion of hawk moth species 
is present in both forest types (table 5-4). Nonetheless, this family also has 
a relatively high proportion of species that occur only in dry forests, and 
this is especially notable in Manduca (24 percent restricted to dry forests). 
Hawk moths are not only prominent but also an ecologically important 
component of the dry forests, pollinating approximately 10 percent of the 
tree species (Haber and Frankie 1989).

Table 5-4. Relative percentage of butterfly and moth (Lepidoptera) taxa in dry 
versus wet forests

Restricted to dry 
forests (%)

Restricted to wet 
forests (%)

Present in  
both (%)

Papilionidae (n = 39) 15.4 59.0 25.6

Sphingidae (n = 121) 13.2 35.5 51.3

Pieridae (n = 66) 9.1 65.1 25.8

Saturniidae (n = 114) 4.4 66.7 28.9

Riodinidae (n = 235) 2.5 84.7 12.8

Total (n = 575) 6.8 66.8 26.4
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Thirty-one of the 112 species (28 percent) of Saturniidae occurring in 
Costa Rica breed in the dry forest (Janzen 2003). In the present study five 
species were found to be restricted to the dry forest. Two of these (Autom-
eris io, Citheronia lobesis) are quite polyphagous, which suggests that their 
absence in wet forests is probably not due to a lack of host plants. The other 
three (Adeloneivaia isara, Schausiella santarosensis, Syssphinx mexicana) are 
monophagous, and their host plants are restricted to the dry forest.

Among butterflies, Papilionidae harbors the greatest proportion of 
species restricted to dry forests (table 5-4). Of the three subfamilies of 
Pieridae occurring in Costa Rica, Coliadinae has the largest proportion 
of species (5 of 25) restricted to dry forests: three species of Eurema 
(table 5-5), Kricogonia lyside (the only species in the genus), and Phoebis 
agarithe. No species of Dismorphinae occur in dry forests; five species 
of Pierinae are present in dry forests, but only Itaballia demophile is re-
stricted to this ecosystem.

The six species of Riodinidae restricted to dry forests include the only 
two species of Apodemia present in the country (table 5-5) and the only two 
Calydna. Among the 62 species of myrmecophilous riodinids (Eurybiini 
and Nymphidiini) recorded from Costa Rica, only Behemothia godmanii is 
restricted to dry forests; 11 occur in both dry and wet forests, and 50 oc-
cur only in wet forests. Thus, the dry forests (at least in Costa Rica) have 
relatively few myrmecophilous riodinids.

Nymphalidae was not included in the analysis, but it is clear that the 
family as a whole is not very diverse in dry forests (DeVries 1987). No spe-
cies of Danaini, Ithomiini, Morphini, or Heliconiini are restricted to dry 
forests. Among Brassolini only Caligo memnon could be called a dry forest 
species, although it also occurs in other parts of the country. Three spe-
cies of Satyrinae (Cissia simmilis, Taygetis kerea, T. mermeria) are restricted 
to dry forests, as are several other nymphalid species (table 5-5). Notable 
among the latter is the tribe Melitaeini, with three of eight Chlosyne and 
the only species of Microtia being restricted to dry forests. The dry forests 
have relatively few mimetic butterfly species, compared with other low-
land areas in Costa Rica, which is probably due to the paucity of Ithomiini 
(DeVries 1987).

Many dry forest butterflies undergo population explosions at the be-
ginning of the rainy season and then disappear during the dry season. Over 
half of the species move out of the dry forest, and these migrations are of 
three types (Haber and Stevenson 2004): migration across the mountains 
to lowland wet forest, migration up the mountains where some undergo 
reproductive diapause while others breed, and southward migration along 
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the coast (sometimes to breed in wet forests). Many do not migrate but 
rather spend the dry season as sexually dormant adults in local moist sites, 
as is the case in Pyrrhopyginae (Hesperiidae) (Burns and Janzen 2001). It 
is interesting to note that this group of skipper butterflies, which comprises 
25 species in Costa Rica, is one of the few groups of insects that does not 
have species occurring in both dry and wet forests (three are restricted to 
the dry forest; Burns and Janzen 2001).

Table 5-5. Butterfly species restricted to dry forests reaching the southern limit of 
their distribution in northwestern Costa Rica 

Family Species Larval host plant

Nymphalidae Adelpha fessonia* Randia (Rubiaceae)

Anaea aidea Acalypha macrostachya (Euphorbiaceae)

Chlosyne erodyle Unknown

C. melanarge Aphelandra deppiana (Acanthaceae)

Hamadryas glauconome Dalechampia scandens (Euphorbiaceae)

Memphis forreri Ocotea veraguensis (Lauraceae)

Microtia elva Unknown

Myscelia pattenia Unknown

Papilionidae Eurytides branchus Annona reticulata (Annonaceae)

E. epidaus Annona reticulata

E. philolaus Sapranthus (Annonaceae)

Parides montezuma Aristolochia (Aristolochiaceae)

P. photinus Aristolochia

Pieridae Eurema boisduvaliana Unknown

E. dina* Picramnia (Simaroubaceae)

Riodinidae Behemothia godmanii Unknown

Apodemia multiplaga Unknown

A. walkeri Unknown

 Melanis cephise Unknown (probably Fabaceae)

*species that actually extend into Panama 
Source: DeVries 1987
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Conclusions

In addition to an expansion of the taxonomic and geographic coverage, it 
would be helpful to have phylogenies in order to better understand the ori-
gins of the dry forest fauna. For example, 4 of the 21 Costa Rican species of 
Thyreodon (Ichneumonidae: Ophioninae) are restricted to dry forests, and 
the phylogeny suggests that these dry forest species originated three times 
from wet forest species (Gauld and Janzen 2004). Beyond detecting pat-
terns among the individual taxa lies the more difficult task of explaining the 
observed patterns. In a few cases there appears to be a simple explanation. 
For example, taxa that occur primarily at higher altitudes are poorly repre-
sented in dry forests. Host-specific insects will be restricted to dry forests 
or to wet forests if their hosts are found in only one of these forest types. 
However, the presence of hosts in both forest types does not mean that all 
insects associated with these hosts are present in both wet and dry forests. 
For example, among pyrrhopygine skipper butterflies the host plants of 
some strictly wet-forest species are also present in the dry forest, yet the 
skippers are not (Burns and Janzen 2001). Among parasitic wasps, Bary-
lypa broweri (Anomaloninae) is restricted to dry forests, where it parasitizes 
Aresenura armida (Saturniidae) (Gauld 1997), but the latter also occurs in 
wet forests.

Certain characteristics of the dry forest itself undoubtedly affect insect 
diversity. The results of the present study suggest that certain insect taxa 
with soil-inhabiting larvae (e.g., Melalonthinae, Scarabaeinae, Asilidae) 
are well represented in dry forests whereas others are not (Cicindelinae, 
poneromorph ants, Tabanidae). The quality of dead wood, which is an im-
portant resource for many groups of insects, must certainly differ greatly 
between dry and wet forests. For example, Dynastinae, whose larvae in-
habit rotting logs, are poorly represented in dry forests. One of the most 
notable differences between dry and wet forests is the reduced number of 
epiphytes in the former (Gentry 1995), which could affect ant diversity. 

The eusocial insects analyzed here, ants and stingless bees, have very 
few species restricted to dry forests (stingless bees have none). The same 
is true for paper wasps (Vespidae: Polistinae), in which only 2 species (2.6 
percent) (Polistes canadensis and P. dorsalis), from a total of 78 for which 
data are available, are restricted to dry forests. During the dry season some 
Polistes and Mischocyttarus migrate from the dry forest to higher elevations 
and aggregate during the nonnesting phase of their colony cycle (Hunt 
et al. 1999).

Some species that are more or less restricted to dry forests appear to 
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have expanded their distributions in recent times into altered habitats in 
areas that were originally wet forest. This is probably true of both poten-
tial crop pests and their parasitoids, which has implications for biological 
control. There are certainly parasitoids that have not expanded their dis-
tributions but are nonetheless potential biological control agents in agro-
ecosystems. If this is indeed the case, it provides an additional incentive for 
conserving seasonally dry tropical forests.
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Chapter 6

Seasonally Dry Tropical Forest Mammals: 
Adaptations and Seasonal Patterns

Kathryn E. Stoner and Robert M. Timm

Seasonally dry tropical forests (SDTFs)—with a mean annual temperature 
greater than 17 degrees Celsius, rainfall ranging from 250 to 2000 millime-
ters annually and highly seasonal, and an annual ratio of potential evapo-
transpiration to precipitation of less than 1 (Holdridge 1967)—represent 
a unique combination of challenges for the living biota contained within 
them. The harsh abiotic factors create an environment that is hot, with little 
water, and that generally has an extremely variable but often sparse resource 
base. It is likely that both intra- and interspecific competition are greater in 
the severe environments encountered in SDTFs. As a consequence of these 
abiotic and biotic factors, many species that we think of as “tropical” cannot 
survive in the dry forest. Despite the biological, cultural, and long-standing 
economic interest in dry forests, these habitats and the mammals inhabiting 
them remain poorly known.

SDTFs represent some 42 percent of tropical ecosystems worldwide 
(Murphy and Lugo 1986a), yet only 14 percent of articles published on 
tropical environments in the last 60 years focus on dry forests (Sánchez-
Azofeifa et al. 2005). This lack of research is changing rapidly, however. 
Of the more than 10,000 papers published on tropical ecosystems between 
1998 and 2008, some 26 percent focus on dry forests (ISI Web of Knowl-
edge, 1998–2008), but only 4 percent of these involve studies of mammals 
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(n = 103). Recent research documents the great diversity and high number 
of endemic mammal species in SDTF (Ceballos and Navarro 1991; Cebal-
los and Garcia 1995; Stoner and Timm 2004; Ceballos and Oliva 2005; 
Timm and McClearn 2007; Timm et al. 2009).

A number of studies focus on adaptations of particular mammal spe-
cies to seasonality in different environments (Fleming 1971b, 1977, 1988; 
Fleming et al. 1993); however, only a few papers attempt to review this 
theme at a broader level. Fautin (1946), in his classic study of the west-
ern Utah deserts, described the mammal community in this harsh environ-
ment, detailing adaptations that allow different species to persist in this 
strongly seasonal habitat. In reviewing the mammalian fauna in the SDTF 
along the Jalisco coast in western Mexico, Ceballos (1990) and Ceballos 
and Miranda (1986, 2000) present detailed ecological data, including ad-
aptations for coping with seasonality. Similarly, the mammalian fauna and 
the ecology and adaptations for dealing with seasonality for dry forests in 
northwestern Costa Rica are summarized by Stoner and Timm (2004). In 
recent years, a wealth of studies published in widely scattered sources shed 
considerable light on the ecology of mammals in seasonally dry forests.

Herein, we review and synthesize the information that exists about the 
mechanisms of how mammals cope with and survive in SDTFs. Our em-
phasis is the Neotropics, but we also provide examples from other regions, 
focusing on unique adaptations to seasonally dry environments. We begin 
with a summary of the diverse array of physiological adaptations exhibited 
by mammals living in SDTFs. We then review behavioral adaptations uti-
lized by mammals to cope with this harsh environment. We first describe 
the adaptation and then provide specific examples. We close each section by 
pointing out gaps in our knowledge and avenues for further research. We 
conclude with a discussion of the most serious threats to mammals found 
in SDTFs—forest destruction and fragmentation and the associated conse-
quences of this threat to SDTF ecosystems.

Adaptations for Dealing with SDTF Environments 

The mechanisms by which animals deal with extreme environmental con-
ditions were perhaps best summarized by Fautin (1946, 295) in his classic 
study of the western Utah deserts:

The survival value of any organism is dependent on its physiological 
and morphological adaptation to the environmental conditions to 
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which it is subjected or to its ability to escape those conditions not 
favorable to its existence.

The primary challenges that mammals face in SDTF may be broadly divided 
into two basic groups: (1) physiological adaptations that allow animals not 
just to endure but to thrive in the environment and (2) behavioral adapta-
tions that allow animals to seasonally escape the environment. Neverthe-
less, it is important to note that some behavioral adaptations (e.g., chang-
ing diet seasonally) require physiological adjustments, and thus behavioral 
and physiological adaptations are often intimately linked.

Physiological Adaptations

SDTF environments generally are characterized by high ambient temper-
atures and seasonal restrictions on the availability of water and food re-
sources. Mammals living in these ecosystems must have adaptations not 
just to survive but also to reproduce. Several physiological adaptations to 
enhance survival and reproduction have been identified in mammals inhab-
iting dry forests that are similar to those found in desert environments, in-
cluding daily changes in body temperature, seasonal torpor or hibernation, 
water conservation, and delayed reproduction.

Changes in Body Temperature

Body temperature (Tb) is the balance between heat production and heat 
dissipation and is relatively constant for an individual in most environ-
ments (Aschoff 1982). Nevertheless, Tb may undergo adjustments dur-
ing the daily rhythm and be maintained at a lower average in hot envi-
ronments, providing reduced energy expenditure and reduced water loss 
(Dawson 1955).

Lower body temperatures have been reported for several mammals in-
habiting hot, dry climates, including marsupials (Lovegrove et al. 1999; 
Geiser et al. 2003; Warnecke et al. 2008), bats (Audet and Thomas 1997; 
Cruz-Neto and Abe 1997), primates (Fietz and Ganzhorn 1999; Schmid 
2000), and rodents (McNab and Morrison 1963), and it is to be expected 
in armadillos. Day length may function as an anticipatory cue allowing the 
gray mouse lemur (Microcebus murinus; Cheirogaleidae) a mechanism to 
perceive upcoming environmental changes and adapt to them (Perret et al. 
1998). More detailed studies with other mammals are needed to  determine 
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which and to what extent environmental changes (e.g., day length, precipi-
tation, temperature) may function as cues for adjusting Tb during the most 
critical times of year.

Torpor and Hibernation

Torpor is perhaps best defined as a state of reduced physiological activ-
ity usually accompanied by a reduction in body temperature, metabolic 
rate, respiration, and heart rate. Torpor that is short-term, for either part 
of a day or a few to several days, is referred to as daily torpor. Long-term 
winter torpor is referred to as hibernation and long-term summer tor-
por as estivation. Torpor and hibernation/estivation are best viewed as a 
continuum rather than discrete categories. Although torpor is most of-
ten described as an adaptive strategy to deal with cold weather (Lyman 
et al. 1982), whether of short duration (e.g., nighttime torpor) or long 
duration (hibernation), it is used by some mammals to deal with food 
shortage or large daily temperature fluctuations in seasonal environments, 
especially seasonally dry environments (Coburn and Geiser 1998; Kelm 
and Helversen 2007).

Diurnal torpor in tropical regions has been reported in blossom bats 
(Pteropodidae), leaf-nosed bats (Phyllostomidae), mouse lemurs (Microce-
bus), and dwarf lemurs (Cheirogaleus; Cheirogaleidae) (Audet and Thomas 
1997; Bonaccorso and McNab 1997; Coburn and Geiser 1998; Schmid 
2000; Dausmann et al. 2004). In the SDTF in northwestern Costa Rica, 
Audet and Thomas (1997) demonstrated that the short-tailed fruit bat 
(Carollia perspicillata; Phyllostomidae) and the little yellow-shouldered 
bat (Sturnira lilium; Phyllostomidae) frequently enter torpor while rest-
ing, depending upon their foraging success and body mass. Similarly, Kelm 
and Helversen (2007) document, under experimental conditions, that the 
long-tongued bat (Glossophaga soricina; Phyllostomidae) enters torpor un-
der conditions of food restriction.

The most extreme cases of torpor in mammals are found in the species 
that hibernate. The best example of hibernation in SDTF is the Madagas-
car fat-tailed dwarf lemur (Cheirogaleus medius). Dwarf lemurs undergo 
true hibernation for nearly 6 months each year during the hot, dry season 
(Dausmann et al. 2004, 2005). Prior to hibernation, dwarf lemurs reduce 
their activity level and consume fruits high in sugars, resulting in an al-
most doubling of their body mass before entering hibernation (Fietz and 
Ganzhorn 1999), and as the common name suggests, fat is stored in the 
tail (incrassation). It is not clear why this phenomenon is unique to this 
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one primate species in Madagascar, given that a few to several species of 
primates occur in most dry forests, but we suspect that the small size of 
the dwarf lemur (130 grams), combined with the extreme seasonality of 
forests in which it is found (8-month dry season; average annual precipita-
tion 800 millimeters), drove the evolution of this unique adaptation. This 
pattern of hibernation/estivation has not been described elsewhere for any 
Neotropical mammal in seasonally dry forests, but it might be a strategy 
used. The small South American arid-adapted, fat-tailed mouse opossums 
of the genus Thylamys (Didelphidae) may undergo a daily (diurnal) tor-
por, and they clearly store fat in the tail (Creighton and Gardner 2007). 
This species should be further investigated to determine whether hiberna-
tion/estivation occurs.

Most studies documenting torpor in SDTF mammals are recent. It is 
important to note, however, that many small-bodied mammals, including 
mouse opossums (Marmosa, Didelphidae) and pygmy skunks (Spilogale, 
Mephitidae), have not yet been adequately studied to determine whether 
they undergo torpor or fat storage. The possibility that torpor or even 
more-extended hibernation exists in other Neotropical mammals should 
not be ruled out until additional studies are undertaken.

Water Conservation

Given the high temperatures and extreme seasonality of rainfall found in trop-
ical seasonal forests, water conservation is crucial to survival. Water conserva-
tion in hot, dry environments may be obtained through a variety of physi-
ological mechanisms, including more-efficient kidney function, production 
of dry feces, concentrated urine, low evaporative water loss, and behavior. 
Although these adaptations exist in many mammal groups, they have been 
best studied in rodents. Some combination of these mechanisms is used by 
most heteromyid rodents that inhabit dry environments in the southwestern 
United States and western Mexico (Schmidt-Nielsen et al. 1948; Schmidt-
Nielsen and Schmidt-Nielsen 1950). The extent to which they are developed 
is quite variable among species, however. Tracy and Walsberg (2001) sug-
gested that evaporative water loss is the single most important trait associ-
ated with conserving water in Merriam’s kangaroo rat (Dipodomys merriami; 
Heteromyidae). Fleming (1977) documented that the dry forest Salvin’s 
spiny pocket mouse (Liomys salvini; Heteromyidae) tolerates greater weight 
and water reduction than the closely related wet forest spiny pocket mouse 
(Heteromys desmarestianus; Heteromyidae) and attributed these abilities to 
the fact that Liomys is found in a strongly seasonal environment. Hudson 
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and  Rummel (1966) reported that the ability to occupy a burrow is the most 
critical adaptation for maintaining total water balance in Liomys. The impor-
tance of these mechanisms for water conservation in dry forest mammals has 
been inadequately explored; these and additional mechanisms almost surely 
will be found when they are more thoroughly studied.

Reproductive Delay

Physiological adaptations have been reported in SDTF mammals that 
enhance reproductive success in these harsh environments. Reproduc-
tive delays allowing parturition to occur when food resources are great-
est have been suggested as an important physiological adaptation to deal 
with seasonality (Sandell 1990). Delayed reproduction may be divided in 
general into three main mechanisms: (1) delayed fertilization combined 
with sperm storage, (2) obligate delayed implantation, and (3) delayed de-
velopment (Racey and Entwistle 2000). Delayed reproduction has been 
documented for more than 50 species of mammals representing 10 families 
(Sandell 1990); of these, 5 families—leaf-nosed bats (Phyllostomidae), fly-
ing foxes (Pteropodidae), armadillos (Dasypodidae), weasels (Mustelidae), 
and skunks (Mephitidae)—contain species that regularly inhabit SDTFs. 
With the exception of temperate bats, in which experimental work indi-
cates that sperm storage may be for nearly 200 days (Racey 1982), sperm 
storage is not common in mammals and rarely exceeds a few days in length 
(Birkhead and Møller 1993; van der Merwe and Stirnemann 2007). De-
layed implantation and delayed development, on the other hand, are better 
documented and may be widespread in SDTF mammals.

Reproductive delays in bats were first documented in north-temper-
ate species that cope with short summers and long, harsh winters requir-
ing the natal and lactation periods to coincide with the flush of insects 
appearing in the late spring and early summer. Having the period of mate 
selection and copulation, potentially expensive behaviors, coincide in 
late summer when food resources (and fat levels) are the highest may be 
critical to the reproductive cycle. Reproductive strategies in bats include 
sperm storage by the female after copulation, accompanied by the female’s 
providing nourishment to the sperm, delayed implantation of the embryo, 
and delayed embryonic development (embryonic diapause). Reproduc-
tive delays are now documented in tropical bats inhabiting regions with 
long dry seasons (Bernard and Cumming 1997). Delayed embryonic de-
velopment has been found in two of the most common Neotropical dry 
forest bats, the short-tailed fruit bat and the common fruit bat (Artibeus 
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jamaicensis; Phyllostomidae). Gestation in short-tailed fruit bats is approx-
imately 4 months if delayed development is not employed, whereas gesta-
tion is 9 months when delayed embryonic development occurs (Fleming 
1971a). Similarly, in the common fruit bat gestation is 113 to 119 days 
in nondelayed development, whereas it is 160 to 229 days when delayed 
development occurs (Wilson et al. 1991; Rasweiler and Badwaik 1997). 
In the seasonal forest of Barro Colorado Island, Panama, common fruit 
bats alternate episodes of normal embryonic development with delayed 
development, a pattern seen in no other bat (Wilson et al. 1991). In ad-
dition to delayed embryonic development, delayed implantation has been 
documented in the Paleotropic fruit bat Eidolon helvum (Pteropodidae) 
(Mutere 1967; Fayenuwo and Halstead 1974). All of the above-men-
tioned bat species are common in SDTFs, but they are not exclusive to 
this habitat. Very few species of bats in either the temperate or tropical 
regions breed throughout the year. The common vampire (Desmodus ro-
tundus; Phyllostomidae) is one of the few species that is known to breed 
year-round, and this includes populations that occur in seasonally dry for-
ests. Vampires that are located close to domestic livestock have essentially 
an unlimited food resource in the ready availability of blood and are thus 
able to breed irrespective of the climate.

The existence of reproductive delays in most mammals inhabiting 
SDTF has not been evaluated, and this phenomenon is undoubtedly more 
common than it appears. The proximate mechanisms responsible for the 
pattern of delayed reproduction observed are unknown; nevertheless, it is 
likely that seasonality of food and water resources may be important pres-
sures affecting the evolution of these traits (Sandell 1990). The physio-
logical mechanisms that control the processes of delayed development in 
mammals are very poorly known (Mead 1993) and represent an important 
avenue for future research.

Behavioral Adaptations

In addition to physiological adaptations, mammals that inhabit SDTF dis-
play a variety of behavioral adaptations that allow them to survive in these 
harsh environments. These adaptations allow animals to obtain sufficient 
resources, cope with the hot, dry environment, and reduce competition. 
Examples of these include changing diets, long-distance migration, short-
distance migration, local movements, timing of activity and/or foraging, 
and seasonality of reproduction (Stoner and Timm 2004). As competition 
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is frequently more intense when fewer resources are available, animals in 
SDTF must cope with this as well.

Dietary Flexibility

One of the most important environmental factors affecting the distribu-
tion and abundance of mammals is the availability of food (Peres 1997; 
Mendes Pontes 1999). The seasonality in rainfall, which is characteristic 
of SDTFs, results in considerable variation of resources at all trophic levels 
(vegetative and reproductive plant material, insects/invertebrates, and ver-
tebrates) throughout the year (van Schaik et al. 1993). As a consequence, 
most mammals in SDTF are either dietary generalists that adapt and change 
diet as necessary or dietary specialists that move in and out of seasonally dry 
forests when resources are abundant or scarce (Stoner and Timm 2004).

The majority of seasonally dry forest mammals appear to be resident 
dietary generalists. Carnivores are one of the best examples of generalists 
in these habitats, and several studies document considerable variation in 
diet between seasons. The pygmy skunk (Spilogale pygmaea), for example—
an endemic, threatened species found in seasonally dry forests in western 
Mexico—shows little overlap in diet between rainy and dry seasons. Pygmy 
skunks, which principally forage on invertebrates, incorporate a wider ar-
ray of food items in their diet during the dry season (Cantú-Salazar et al. 
2005). Similarly, the coyote (Canis latrans; Canidae), a generalist carni-
vore, shows considerable variation in diet between seasons both within and 
between sites (Vaughan and Rodríguez 1986; Hidalgo-Mihart et al. 2001). 
Other carnivorous/omnivorous species showing great dietary flexibility, as 
well as differences between seasons, include coatis (Nasua; Procyonidae: 
Valenzuela 1998; Alves-Costa et al. 2004), raccoons (Procyon lotor; Procy-
onidae: McFadden et al. 2006), and maned wolves (Chrysocyon brachyurus; 
Canidae: Bueno and Motta-Junior 2006). 

Many species of frugivorous and nectarivorous bats exhibit consid-
erable dietary flexibility in SDTFs. For example, Heithaus et al. (1975) 
show that several omnivorous and frugivorous species in the seasonally 
dry forest of Costa Rica adopt a diet almost exclusively of nectar and pollen 
during the peak of the dry season, explaining this phenomenon as an adap-
tation, not only to resource availability, but also as a way to increase water 
intake (i.e., from liquid nectar) during the driest time of year. Tschapka et 
al. (2008) document that the diet of the SDTF endemic long-nosed bat 
(Musonycteris harrisoni; Phyllostomidae) varies significantly between the 
dry and wet seasons along the Pacific coast of Colima, depending upon 
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resource availability. Dietary flexibility of bats is determined not only by 
resource availability but also by physiological requirements and limita-
tions. The nectarivorous bat Glossophaga soricina, for example, meets its 
protein requirements by ingesting insects during most of the year in the 
seasonally dry forest of Chamela, western Mexico (Herrera et al. 2001). 
When G. soricina concentrates on plant parts, it obtains nitrogen from pol-
len (Herrera and Martínez del Río 1998). Other bats, such as the frugivo-
rous Carollia perspicillata, have low metabolic requirements allowing them 
to survive on a low-nitrogen diet (Delorme and Thomas 1996), and they 
also consume insects at a rate that is more prevalent than was previously 
understood for frugivorous species based on studies of nitrogen isotope 
analyses of fur (York 2007).

Similar to bats, several rodents show considerable dietary flexibility in 
seasonally dry forests related to phenological changes and resource avail-
ability, with some showing significantly different gut morphology related 
to adaptations to particular diets. Seasonal differences in the size of diges-
tive organs in caviomorph rodents in arid and semiarid habitats in Argen-
tina occur as a consequence of variation in diet quality over seasons (Sassi 
et al. 2007). Similarly, an African savanna rodent community shows a gra-
dient in gut structure allowing more granivory in some species than others 
and thus more dietary flexibility in seasonal environments (Kinahan and 
Pillay 2008). In sum, there is a complex interaction between behavioral and 
physiological adaptations that allows mammals in seasonal environments 
to cope with a changing resource base.

Several primate species found in SDTF also have flexible generalist di-
ets. Capuchin monkeys (Cebus; Cebidae), for example, switch their diet 
to include more seeds and/or invertebrates during the dry season (Chap-
man 1987; Brown and Zunino 1990; Galetti and Pedroni 1994). Similarly, 
squirrel monkeys (Saimiri; Cebidae) consume more insects, flowers, and 
exudates during the dry season when less fruit is available (Stone 2007). 
Although howler monkeys (Alouatta; Atelidae) frequently are described as 
having one of the most flexible diets among Neotropical primates (Glander 
1978, 1983), they are absent (Miranda 2002) or only found in low densi-
ties in the most extreme SDTF (Moura 2007). In spite of their apparent 
dietary flexibility, howler monkeys are quite selective in foraging on specific 
plants and ages of leaves, both daily and seasonally, in order to maximize 
total protein and essential amino acids and to minimize secondary plant 
compounds and fiber (Glander 1981, 1983).

Although much information exists about dietary flexibility of some 
mammals in seasonally dry forest, there is still a paucity of information 
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for most species. For example, published dietary information exists for the 
pygmy skunk from only one locality within its distribution in west central 
Mexico. Similarly, little quantitative information documents seasonal varia-
tion in diets of many phyllostomid bats, and the majority of studies focus 
on only a few of the most abundant frugivores and nectarivores. The extent 
of dietary flexibility in many small mammals in seasonally dry forest is still 
unknown, as basic diet information is just being documented for many spe-
cies (Ceballos 1990). Finally, even in species that have dietary changes over 
seasons, how these may be affecting the physiology of the organisms has 
only been addressed for a few species of bats and rodents.

Local Movements and Long- and Short-Distance Migrations

Dietary specialists that consume a narrow range of items in their diet often 
cope with seasonally dry forests by shifting habitats within the forest or 
by migrating out of SDTFs. Spider monkeys (Ateles; Atelidae) appear to 
move seasonally, tracking availability of resources within seasonally dry 
forests as ripe fruits become less abundant (Stoner and Timm 2004). This 
highly frugivorous species does not switch its diet, as many SDTF mam-
mals do, but rather invests more time in procuring ripe fruit resources 
(Wallace 2005). The abundance of many frugivorous and nectarivorous 
bats also varies seasonally within SDTF, suggesting that they move to dif-
ferent habitats within or adjacent to SDTF that provide more resources 
(Herrera 1997; Timm and LaVal 2000; Stoner 2001, 2002; Stoner et al. 
2002; LaVal 2004a; Stoner and Timm 2004; Timm and McClearn 2007; 
Tschapka et al. 2008).

Local movements frequently involve the exploitation of riparian habi-
tats within seasonally dry forests or adjacent higher altitudinal areas that 
contain more resources. For example, in the SDTF of Brazil’s Caatinga re-
gion, howler monkeys are more common in canyons than cliff habitats dur-
ing the dry season, probably because more tree species retain their leaves in 
this more humid environment (Moura 2007). In seasonal environments, 
both collared peccaries (Pecari tajacu; Tayassuidae) and white-lipped pec-
caries (Tayassu pecari; Tayassuidae) travel great distances, tracking resources 
and exploiting specific microhabitats that contain more food (Mandujano 
1999; Stoner and Timm 2004; Mendes Pontes and Chivers 2007).

Long-distance migrations have been well documented for populations 
of the nectarivorous lesser long-nosed bat (Leptonycteris curasoae; Phyllos-
tomidae). Each spring, long-nosed bats migrate from Mexico to the south-
western United States where they congregate in extremely large maternity 
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colonies. The young are born in caves that have high humidity and a stable 
thermal environment; after the young are fully volant, the entire colony 
returns to Mexico, usually in August (Hayward and Cockrum 1971). This 
migration follows closely the availability of several species of cactus and 
agave flowers that constitute critical food resources (Howell 1979; Cock-
rum 1991; Fleming et al. 1993). In seasonally dry forests along the western 
coast of Mexico, the lowest density of L. curasoae coincides with the greatest 
scarcity of chiropterophilic resources (Stoner et al. 2003). Rojas-Martínez 
et al. (1999) show that only populations north of 30 degrees follow this 
migration pattern, whereas the more southern populations consist of year-
round residents. They attribute this pattern to the greater availability of 
resources year-round for the more southern resident populations. A similar 
pattern is observed in the insectivorous Mexican free-tailed bat (Tadarida 
brasiliensis; Molossidae). Free-tailed bats migrate in the spring from Mexico 
to the southwestern United States, form maternity colonies, and return 
southward in October (Cockrum 1969). The migrations are thought to be 
closely linked to the seasonal availability of preferred food items (Lee and 
McCracken 2005).

Seasonal migrations of nectarivorous bats of the arid United States and 
western Mexico are seen only in the larger species, whereas the smallest 
nectarivorous bats are permanent residents. Thus, body size, and presum-
ably the ability to store energy during migration movements, may be a criti-
cal factor in allowing some species to migrate out of an area (von Helversen 
and Winter 2003). Conversely, or perhaps concomitantly, the evolution of 
smaller body size in nectarivorous bats might be an adaptation allowing 
these species to occupy areas that experience seasonal food shortages by 
reducing caloric requirements.

Several conclusions about mammal movements within seasonally dry 
forests are made by indirect evidence (e.g., absence or lower density during 
part of year). The true extent to which local movements to adjacent habitats 
occur for many mammalian species inhabiting SDTF is unknown. More 
detailed studies involving both telemetry data and indices of resource avail-
ability for particular species would be useful in evaluating the extent and 
frequency of mammal movements to surrounding habitats.

Activity Patterns

Adjusting activity patterns, in terms of both distance covered during the 
day and timing of activity, also represent an important behavioral adap-
tation allowing mammals to adjust to SDTF conditions. Some mammals 
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increase their home range during the dry season when food is scarce, to 
increase the search area for food, whereas others reduce their ranging pat-
terns, perhaps to conserve energy. During the dry season, home ranges in 
white-nosed coatis are twice as large as during the rainy season, and their  
daily path is longer (Valenzuela and Ceballos 2000), presumably because 
they need to forage farther to obtain sufficient resources. Similarly, white-
lipped peccaries expand their home range and foraging area when resources 
are scarce in tropical humid areas (Fragoso 1998), and they likely follow a 
similar pattern in areas of seasonally dry forests (Stoner and Timm 2004).

Large carnivores also show seasonal variation in their ranging patterns; 
however, they show a different pattern than the midsized mammals. Pumas 
(Puma concolor; Felidae) and jaguars (Panthera onca; Felidae) have signifi-
cantly larger home ranges during the rainy season in SDTF along the coast 
of Jalisco than during the dry season (Núñez Pérez 2006). Presumably 
this occurs because prey is concentrated in higher densities around water 
sources during the dry season, whereas prey is more dispersed and found 
in lower densities during the rainy season. This same pattern has been de-
scribed for leopard cats (Prionailurus bengalensis; Felidae) in dry forests in 
Thailand (Rabinowitz 1990).

In contrast, some primates utilize the strategy of energy conservation 
rather than foraging greater distances during periods of scarce resources 
in the dry season. For example, Verreaux’s sifakas (Propithecus verreauxi; 
Indriidae) in SDTF in Madagascar significantly reduce home range, core 
area, and daily path length during the dry season. Additionally, they display 
a daily period of inactivity during the dry season as a strategy to conserve 
energy (Norscia et al. 2006). Rodents also employ a strategy of foraging 
in smaller areas during periods of lower resources. Tomes’ spiny rats (Pro-
echimys semispinosus; Echimyidae), for example, in seasonally dry forests in 
Panama have larger and greater overlap of home ranges in the rainy season 
compared with the dry season (Gliwicz 1984).

Several mammals in seasonally dry forests are crepuscular or nocturnal, 
allowing them to escape high ambient temperatures during the day. Both 
jaguars and pumas are more active at night or early morning in the SDTF of 
Chamela (Núñez Pérez 2006). Other carnivores that are primarily noctur-
nal or crepuscular include civets (Viverra; Viverridae: Rabinowitz 1991), 
crab-eating foxes (Cerdocyon; Canidae: Vieira and Port 2007), and leopard 
cats (Prionailurus bengalensis; Felidae: Grassman et al. 2005). Several dry 
forest ungulates are principally nocturnal or most active in the early morn-
ing, including brocket deer (Mazama; Cervidae: Rivero et al. 2005) and 
Baird’s tapir (Tapirus bairdii; Tapiridae: Foerster and Vaughan 2002).
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Another technique for adjusting activity to cope with seasonally dry 
environments is to remain underground during the day, as found in many 
fossorial rodents, or remain underground continuously, as seen in many of 
the mole-rats (Bathyergidae), especially the naked mole-rat (Heterocepha-
lus glaber: Burda et al. 2000) and silvery mole-rat (Heliophobius argenteo-
cinereus: Galliard Šklíba et al. 2007). In spite of being encompassed in a 
relatively constant environment, the subterranean silvery mole-rat adjusts 
daily and seasonal activity based on small temperature fluctuations in the 
burrow, being less active in the dry season when resources are less abundant 
(Šklíba et al. 2007).

Seasonality of Reproduction

Most mammals, whether in tropical, temperate, or arctic regions, synchro-
nize parturition to coincide with periods of greater resources (Clutton-
Brock et al. 1989). Mammals found within seasonal tropical forests are es-
pecially sensitive to timing birth with food availability, since lactation is the 
most energetically costly activity of the reproductive cycle (Dall and Boyd 
2004; Korine et al. 2004). In particular, many mammals that inhabit dry 
regions show clear patterns of birth related to seasonality and thus resource 
abundance. The physiological mechanisms by which mammals achieve re-
productive delays are discussed above (see Reproductive Delay). Here, we 
present information about the seasonality of reproduction.

Most rodents that inhabit seasonal forests show strongly seasonal re-
production. In strongly seasonal forests in Panama, Tome’s spiny rats give 
birth to young at the end of the dry season, presumably allowing lactating 
females and developing young to obtain more resources at the beginning of 
the rainy season (Gliwicz 1984). A similar pattern is observed in northwest-
ern Costa Rica for Salvin’s spiny pocket mouse, whose reproduction is sea-
sonal, with young being born at the beginning of the rainy season (Fleming 
1974; Janzen and Hallwachs 1996). Similar seasonality of reproduction 
has been described for rodents and small marsupials in the dry region of the 
Cerrado (Mares and Ernest 1995) and in the SDTF of Chamela (Ceballos 
1995). Reproduction also has been linked to seasonal availability of food 
resources in several species of African rodents in the family Muridae that 
inhabit extremely seasonal forests, including Stella hylomyscus (Hylomyscus 
stella), Peters’s hybomys (Hybomys univittatus), smokey heimyscus (Heimy-
scus fumosus), praomys (Praomys cf. misonnei), and Percival’s spiny mouse 
(Acomys percivali) (Neal 1984; Nicolas and Colyn 2003).

Seasonality of reproduction in tropical bats was first documented 
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more than 70 years ago (Baker and Baker 1936; Baker 1938) and sub-
sequently has been confirmed by many other studies (see Wilson 1979, 
Racey 1982, and Racey and Entwistle 2000 for reviews). In the Paleo-
tropics, bimodal polyestry is the most common pattern of reproduction 
in several families, including Emballonuridae, Hipposideridae, Mega-
dermatidae, Nycteridae, Pteropodidae, and Rhinolophidae (Bernard and 
Cumming 1997; Heideman and Utzurrum 2003). Bimodal polyestry also 
is common in many Neotropical leaf-nosed bats (family Phyllostomidae) 
that inhabit seasonal tropical forests, especially frugivores and nectarivores 
(Fleming et al. 1972; Wilson 1979; Stoner et al. 2003). The timing of par-
turition is such that lactation coincides with greatest resource availability 
in seasonal forests (Timm and Lewis 1991; Bumrungsri et al. 2007). Al-
though specific timing may vary between sites, usually parturition occurs 
at the beginning and middle of the rainy season, coinciding with greatest 
resource abundance for both frugivorous and nectarivorous bats (Bernard 
and Cumming 1997). Wilson (1979) associated the weaning of young 
in polyestrous species with the beginning of the rainy season, a period 
of maximal food abundance. Seasonal births during the beginning of the 
rainy season, however, have been seen in insectivorous bats in the Neo-
tropics, including both of the families Vespertilionidae (van der Merwe 
and Stirnemann 2007) and Mormoopidae (Stoner et al. 2003). Bernard 
and Cumming (1997) suggested that weaning of young is a more impor-
tant factor than the energetic costs of lactation in affecting the seasonality 
of reproduction in both frugivorous flying foxes and insectivorous bats in 
Africa, documenting that weaning is closely correlated with peaks in both 
fruit abundance and insect abundance.

In a comprehensive review of Neotropical primates, Di Bitetti and 
Janson (2000) documented that most New World monkeys studied so far 
show some seasonality in parturition. Nevertheless, several ecological and 
life history characteristics appear to affect the strength of the birth peak 
within species. In particular, they suggest that diet, body size, and latitude 
are all important factors that influence seasonality of births in Neotropical 
primates. Frugivores, for example, have more seasonality in births than fo-
livores, larger primates are more seasonal than smaller ones, and primates 
farther from the equator show more seasonality in births than those closer 
to the equator. Additionally, parturition is timed to allow peak lactation 
(small-sized species) or weaning (large-sized species) to occur at a time 
of greatest resources. A recent study on captive brown capuchin monkeys 
(Cebus apella) comparing births in zoos over a latitudinal gradient con-
cluded that brown capuchins breed seasonally, regardless of latitude and 
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constant food provisioning (Bicca-Marques and Gomes 2005). They sug-
gest that latitude and the associated change of photoperiod, as well as food 
availability, are not important factors affecting seasonality of birth for this 
species. The black and gold howler monkey (Alouatta caraya) in north-
ern Argentina, however, shows facultative behavioral response in timing 
births to coincide with greatest food availability (Kowalewski and Zunino 
2004). We can conclude that significant variation exists in reproductive 
timing both between and within species of Neotropical primates and that 
further research is needed to identify both the proximate and ultimate 
causes of this variation.

Seasonal births also have been well documented for several species of 
lemurs in Madagascar in seasonal tropical forests. For example, Verreaux’s 
sifakas give birth when resources are scarce at the end of the dry season but 
wean when resources are greatest at the end of the rainy season (Lewis and 
Kappeler 2005; Randrianambinina et al. 2007). Similar patterns have been 
recognized in several other lemurs in seasonal environments, including 
the black lemur (Eulemur macaco macaco; Lemuridae: Bayart and Simmen 
2005), red-fronted brown lemur (Eulemur fulvus rufus; Lemuridae: Ostner 
et al. 2002), Milne-Edwards’s sportive lemur (Lepilemur edwardsi; Lemu-
ridae: Randrianambinina et al. 2007), and gray mouse lemur (Microcebus 
murinus; Perret 1992).

Although seasonal births have been documented for many of the spe-
cies described above, few studies have documented the proximate mecha-
nisms that allow the seasonality of reproduction to occur. Future investiga-
tions should evaluate variation in timing of reproduction for species that 
are found in more- and less-seasonal habitats.

Forest Destruction and Fragmentation

The most serious problem confronting tropical mammals today is habitat 
destruction from human activities and the resulting fragmentation that 
occurs with human disturbance (Stoner and Timm 2004; Timm et al. 
2009). Largely as a result of being the most accessible tropical habitat 
for human colonization (see chap. 14), SDTF has been and is continuing 
to be destroyed at alarming rates worldwide—the last 50 years has seen 
the loss of most of the world’s dry forests (Stott 1990; Steininger et al. 
2001; Quesada and Stoner 2004; Sánchez-Azofeifa et al. 2005 and chap. 
3; Miles et al. 2006).

In addition to lowering species diversity for most mammal groups, 
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forest destruction and fragmentation directly impact particular mammal 
species in several ways. First, forest destruction often results in range re-
ductions, especially for large-bodied animals that require large expanses 
of continuous forest and for dietary specialists that require large foraging 
areas to obtain food resources. Consequently, range reductions may ulti-
mately cause local or regional extirpation/extinction simply by eliminating 
essential habitat. Forest destruction also may affect mammal communities 
by providing the opportunity for a few generalist mammals to expand their 
populations in disturbed areas, thus resulting in greater population densi-
ties of particular species and sometimes increased competition both within 
and among species. Additionally, fragmentation and the consequent human 
colonization that commonly follows increase exposure of wildlife to hunt-
ing pressure (Cullen et al. 2000; Peres and Lake 2003; Reyna-Hurtado and 
Tanner 2005). Population dynamics and management of wildlife are critical 
issues in seasonal dry forests, and hunting, often illegal, continues to have a 
negative impact on both the mammals and forest structure (Dirzo and Mi-
randa 1991). Examples of forest fragmentation and its impact on mammals 
in SDTF are discussed below.

Range Reduction and Species Extirpation/Extinction

Range reduction occurs as a consequence of habitat fragmentation for 
those species that have large home range requirements. Large and some 
midsized mammals are particularly susceptible to the negative effects of 
habitat fragmentation because of their habitat requirements (Redford 
and Robinson 1991; Dalecky et al. 2002; Ibáñez et al. 2002; Mendes 
Pontes 2004; da Silva and Mendes Pontes 2008). Different foraging 
guilds of large and midsized mammals may suffer the negative affects of 
range reduction in fragmented landscapes, including carnivores, herbi-
vores, and frugivores.

Several studies have shown that large and midsized carnivores suffer 
from range reductions as a consequence of forest fragmentation (Chiarello 
1999; Laidlaw 2000; Asquith and Mejía-Chang 2005). Home ranges of 
jaguars in the SDTF of Jalisco’s Chamela-Cuixmala Biosphere Reserve are 
considerably smaller than those found in the dry regions of Parque Nacio-
nal Kaa-Iya del Gran Chaco in Bolivia (Maffeí et al. 2004; Núñez Pérez 
2006). These differences are likely attributable to the greater size of the pro-
tected area in Bolivia (34,400 square kilometers) versus Chamela (13,142 
square kilometers) and the greater habitat fragmentation found within the 
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immediate area surrounding Mexico’s biosphere reserve. Large carnivores, 
such as jaguars and pumas, are always among the first species to disappear 
from highly fragmented landscapes (Chiarello 1999; Laidlaw 2000; As-
quith and Mejía-Chang 2005; Timm et al. 2009).

Forest fragmentation generally has a negative impact on populations 
of large and medium herbivores (but see discussion about elephants be-
low) by reducing the availability of habitat and by increasing their sus-
ceptibility to hunting as fragmentation brings animals closer to human 
settlements (Cullen et al. 2000). Large grazing herbivores that have been 
particularly affected by fragmentation in dry regions in the Paleotropics in-
clude mountain gazelles (Gazella gazella gazella; Bovidae: Manor and Saltz 
2004), Nubian ibex (Capra nubiana; Bovidae: Attum 2007), blue duiker 
(Philantomba monticola; Bovidae: Lawes et al. 2000), and African elephant 
(Loxodonta africana; Elephantidae: van Aarde et al. 2006). In Neotropical 
dry regions, several medium and large herbivores are suffering the conse-
quences of fragmentation and the subsequent reduction in range, including 
tapirs (Tapirus), collared and white-lipped peccaries, and brocket deer (Chi-
arello 1999; Galetti et al. 2001; Ibáñez et al. 2002). In the seasonal forest 
of southeastern Brazil there is a direct relationship between fragment size 
and mammal species diversity—the largest species drop out of the smallest 
fragments first, explaining much of the lower diversity observed in small 
fragments (Chiarello 1999).

Large and medium terrestrial and arboreal frugivores are extremely 
susceptible to forest fragmentation and show smaller populations in 
smaller-sized fragments; these include agoutis (Dasyprocta; Dasyproc-
tidae), pacas (Cuniculus paca; Cuniculidae), and spider monkeys (Ateles) 
(Chiarello 1999). In addition, the negative effect of forest fragmentation is 
exacerbated by hunting, which is frequently more common in forest frag-
ments with adjacent human populations (Cullen et al. 2000). In a meta-
analysis using an array of tropical habitats, Harcourt and Doherty (2005) 
show a universal negative effect of forest fragmentation on primates. Spe-
cifically, in Neotropical seasonal forests, several studies document that fru-
givorous primates, in particular, are not found in smaller forest fragments 
(Chiarello 1999, 2003). As their ranges become restricted by forest frag-
mentation, density is reduced, and then populations disappear within the 
smaller fragments.

In addition to large and medium-sized mammals, one group of 
smaller-sized mammals that frequently is affected by habitat fragmenta-
tion in tropical dry regions is bats. Since bats are volant and often have 
considerably larger home ranges compared with similarly sized terrestrial 
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mammals, they may suffer the consequences of reduced range caused by 
habitat fragmentation. For example, several studies in SDTF show that 
bat species diversity is lower in fragmented or disturbed areas and that 
some species are completely absent (Stoner et al. 2002; Quesada et al. 
2003, 2004; Gorresen and Willig 2004; Timm and McClearn 2007; Ávila 
Cabadilla et al. 2009).

Increase in Species in Disturbed Habitats

Some mammals thrive in altered environments and actually increase in 
abundance in fragmented areas. For example, several generalist species such 
as common opossums (Didelphis; Didelphidae), coyotes, raccoons, and co-
atis frequently are found in higher densities in areas of human disturbance 
(Hidalgo-Mihart et al. 2001; Stoner and Timm 2004). In South Africa, 
elephants frequently increase in density as a result of fragmentation because 
regions are cut off that formerly represented routes of movement between 
different areas. This results in unusually high densities in fragments, and 
elephants can cause considerable property and habitat damage, often result-
ing in their removal by humans (van Aarde et al. 2006).

Competition has been identified as an important element of mam-
mal communities living in SDTFs, since seasonality characterizes lim-
ited resources during part of the year. Increased densities in fragmented 
habitats will result in greater competition between similar species that 
are already competing in this harsh environment. For example, the low 
density and small group size of howlers in the dry region of the Caatinga 
is attributed to their competition with capuchins (Zunino et al. 2001). 
Gray and red brocket deer (Mazama) achieve niche separation by segre-
gating through space and time along Bolivia’s Chaco-Cerrado border. 
In the dry region of Brazil’s Cerrado, crab-eating foxes (Cerdocyon thous) 
and the pampas fox (Lycalopex gymnocercus; Canidae) forage in different 
habitats and have different peak activity times (Vieira and Port 2007). 
Niche partitioning of two bovids (Boselaphus tragocamelus and Gazella 
bennettii; Bovidae) and two cervids (Axis axis and Cervus unicolor; Cervi-
dae) in dry regions of western India is achieved by selection of different 
habitats; the cervids prefer forest habitats, whereas the bovids are found 
primarily in scrub lands and are more tolerant to disturbance (Bagchi et 
al. 2003).

The one “dietary specialist” that has increased its abundance manyfold 
with the increase in disturbed habitats is the common vampire bat. Des-
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modus rotundus, an obligate blood feeder. It is the dietary generalist of the 
vampires and uses an extremely wide array of mammals, birds, and even 
reptiles as food sources. Clearly part of the increase in abundance can be 
attributable to the introduction by humans of domestic livestock, a ready 
source of easily obtained food for vampires.

In sum, there is no doubt that habitat fragmentation and forest de-
struction are having severe consequences on both the structure and the 
composition of mammal communities in dry forest regions throughout the 
tropics. The implications of changes in mammal communities for regenera-
tion and forest structure and composition are discussed below.

Consequences of Lower Mammal Diversity in SDTFs

Range reductions of particular species, lower abundance, extirpation, ex-
tinction, and increased competition in altered human environments are 
having severe negative consequences on both the structure and the com-
position of mammal communities in dry regions throughout the tropics. 
Given the importance of mammals in biotic interactions such as seed dis-
persal (Howe and Smallwood 1982; Lobova et al. 2009) and pollination 
(Ghazoul 2005) in tropical environments, changes in their distribution and 
abundance may have severe consequences for SDTF ecosystems.

Mammals are one of the most important vertebrate groups that disperse 
seeds in tropical forests (Jordano 2001); in particular, primates (Lambert 
and Chapman 2005) and bats (Lobova et al. 2009) are recognized as the 
most important mammalian dispersers. The Central American spider mon-
key (Ateles geoffroyi) consumes and potentially disperses as many as 40 species 
in some SDTFs (González-Zamora et al. 2009). LaVal (2004b) reported 
that bats disperse more seeds than do birds, that pioneer species of plants 
are especially well represented in bat-dispersed seeds, and that these seeds 
are dispersed primarily to disturbed areas. Bats, because of their high mobil-
ity, can disperse large numbers of seeds for considerable distances. Altered 
mammal communities and the subsequent change in seed dispersal may have 
cascading effects and ultimately change SDTF plant species structure and 
composition and affect the natural process of regeneration within these eco-
systems (Stoner, Riba-Hernández et al. 2007; Stoner, Vulinec et al. 2007).

In addition to their seed dispersal, mammals are important in tropical 
ecosystems also as external vectors for moving pollen (Ghazoul 2005). 
Bats are undoubtedly the most important mammal group responsible 
for pollination in tropical forests. Bats visit and presumably pollinate 
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more than 590 plants in the Neotropics and 160 in the Paleotropics 
(Winter and Helversen 2001). Pollination of chiropterophilic plants in 
seasonally dry forests differs in fragmented environments, which gen-
erally receive fewer bat visits and have consequent lower reproductive 
success (Stoner et al. 2002; Quesada, Stoner, Rosas-Guerro et al. 2003; 
Quesada, Stoners, Lobo et al. 2004; Arias-Cóyotl et al. 2006; Quesada, 
Sánchez, Azofeifa et al. 2009a). The ultimate long-term effects of this 
lowered reproductive success for plant community structure and com-
position are unknown.

Conclusions and Future Research

Dry forests originally were believed to be less diverse than wet forests, but 
recent research is documenting that some dry forests are as diverse as wet 
forests (see chap. 1 for a case of plant diversity). A wealth of excellent re-
search has been conducted on mammals in the SDTFs, and this is especially 
true for the last decade. However, we must emphasize how much remains 
to be learned about dry forest mammals, how they function in their envi-
ronment, and how critical it is to continue and expand studies as dry forests 
continue to disappear and the surrounding buffer habitat matrix is increas-
ingly degraded. The dry forests and their associated floras and faunas are 
critically important to conserve, as their associated species have ecosystem 
impacts far beyond the dry forest habitats.

Mammals generally are believed to be much better known than other 
groups of animals, yet even the most basic question—How many species 
are there?—remains poorly answered. The discovery of mammal species 
new to science continues at an amazing rate, and in fact the rate of discov-
ery has increased in recent years with the advent of modern systematic tech-
niques. Some 25 to 30 species are now recognized as valid new species each 
year. A surprising number of these newly recognized species are primates 
and larger mammals (greater than 5 kilograms), groups that one might 
think are the best known. An analysis of recently described species suggests 
that the majority of newly recognized species are restricted to threatened 
areas of high endemism (Reeder et al. 2007).

The first level of research needed for SDTF mammals is modern sys-
tematic revisionary work to better understand species-level taxonomy and 
relationships of dry forest mammals. There are few preserved specimens of 
mammals from seasonally dry forests in the world’s systematic collections, es-
pecially specimens that have preparations adequate for use with modern DNA 
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analyses; therefore, collections need to be augmented. Additionally, older 
specimens that are available need to be critically reevaluated. What is a species 
and which species occur in seasonally dry forests are basic questions that will 
provide the foundation for all future research and conservation efforts.

Compared with our knowledge of rain forest mammals, our knowl-
edge of SDTF mammals is at a rudimentary state in terms of species di-
versity, ecology, and adaptations. Information about physiological adapta-
tions of dry forest mammals comes predominantly from studies in desert 
environments that are extrapolated to closely related species occurring in 
dry forests or from studies of individual species. It will be critically im-
portant in future research to conduct comparative studies of mammalian 
clades among a gradient of habitats such as desert environments, SDTF, 
tropical moist forest, and tropical rain forest. Broadscale comparative-type 
studies will help document the variation that exists in particular physi-
ological and behavioral adaptations, and they will allow the distinction 
between those adaptations that are due to phylogenetic relationships and 
those that are true physiological and anatomical adaptations to particular 
environments. In particular, studies that focus on comparing one or only 
a few closely related species groups in different environments will be most 
useful in elucidating how important specific adaptations are for any one 
particular environment.

The study of the world’s mammals is in an exciting phase of dis-
covery, with new species still being described each year. Nevertheless, 
because of human development and land use throughout the tropics, and 
in seasonal forests in particular (Sánchez-Azofeifa et al. 2005, chap. 3), 
conservation issues faced by tropical mammals have never been more crit-
ical than the issues those species and environments face today. Although 
far more studies involving mammals in seasonally dry forests have been 
conducted in the Neotropics than in the Paleotropics, almost 80 percent 
of this research originated in only four countries—Mexico, Costa Rica, 
Brazil, and Panama. Although this may partially be explained by the dis-
tribution of seasonally dry forests (Miles et al. 2006), the mammalian 
faunas of several countries that contain dry forest, especially in Central 
America, have received little study. Future research should concentrate 
on including some of the lesser-studied regions that contain seasonally 
dry forests. Additionally, first-rate descriptive studies providing new in-
formation and critically evaluating previous studies will help clarify the 
role of mammals inhabiting seasonally dry forests. Well-documented, 
basic research is the foundation for science and the basis of intelligent 
conservation efforts.
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PART III

Ecosystem Processes in Seasonally  
Dry Tropical Forests



Primary productivity in seasonally dry tropical forests (SDTFs) is controlled 
largely by the amount and timing of rainfall. Because water availability de-
termines leaf production as well as photosynthesis, both interannual and 
within-rainy-season precipitation constrains and controls ecosystem pro-
ductivity and nutrient dynamics. Subsequently, soil water availability also 
regulates organic matter decomposition, fine-root production, and micro-
bial dynamics; hence the timing for and the amount of available nutrients 
are strongly coupled to the seasonal and annual variations in rainfall. The 
second important driver for SDTF productivity and nutrient dynamics is 
land use change (see chap. 10). In many areas secondary succession starts 
on abandoned agricultural fields; thus, secondary forests with different re-
covery times are becoming a prevalent feature in the dry tropics (Miles et al. 
2006). As a result, research in secondary forests has significantly increased 
(Lawrence and Foster 2002; Campo and Vázquez-Yanes 2004; Urquiza-
Haas et al. 2007). 

Here we synthesize results related to primary productivity, biomass, 
and carbon and nutrient dynamics studies for primary SDTF in the Neo-
tropics. Whenever possible we address how water availability functions as 
an important driver of these fundamental processes. Our review covers 
sites with a pronounced seasonal rainfall and 5 to 8 months of  continuous 
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drought, during which the majority of the species remain leafless, and 
where mean annual precipitation varies between 500 and 1500 millimeters. 
To highlight the extent of local environmental heterogeneity (i.e., effect of 
topography and soil conditions) and variation at the regional scale, sites 
where the dominant vegetation is defined as semi-evergreen or semidecidu-
ous tropical forest were also included for comparison. These forests are also 
classified as dry tropical or subtropical forests sensu Holdridge (1947).

Primary Productivity

Primary productivity measurements in SDTF are scarce. As in other temper-
ate and tropical forests, litterfall represents the most common measure of pri-
mary productivity, but belowground productivity has been rarely estimated. 

Total Net Primary Productivity

Despite the importance and growing number of primary productivity studies 
in terrestrial ecosystems worldwide, its direct measurement in tropical for-
ests is limited, and only a few sites have been comprehensively investigated. 
Clark et al. (2001) assembled a set of current estimates of total net primary 
productivity (NPP) for 39 tropical forest sites throughout the world (from 
dry to wet, lowland to montane, nutrient-poor to nutrient-rich soils). From 
these sites, 23 were located in the Neotropics, but only 2 were for dry forests 
(Chamela, Mexico, and Guánica, Puerto Rico). Total NPP at Chamela was 
estimated from the sum of above- and belowground components within a 
small watershed at three landscape positions (70, 130, and 150 meters above 
sea level). The values were 13.5, 11.5, and 11.2 megagrams per hectare per 
year, respectively, of which about 44 percent on average was allocated below-
ground (Martínez-Yrízar et al. 1996). At Guánica, aboveground NPP was 
9.0 megagrams per hectare per year (Clark et al. 2001), based on productiv-
ity components as reported by Murphy and Lugo (1986b). No new data on 
total NPP of Neotropical SDTF have been published to date.

Above- and Belowground Litter Production 

One of the most important and frequently measured components of total 
NPP in tropical forests is aboveground fine-litter production (i.e., litterfall: 
leaves, flowers, fruits, seeds, and woody debris less than 1.0 centimeter in 
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diameter; Clark et al. 2001). Since our previous review (Martínez-Yrízar 
1995), only seven new studies have been published for Latin America (ta-
ble 7-1). The majority of these are from Chamela, where three landscape 
positions along an elevation gradient within a small watershed were moni-
tored for more than 20 years (Maass et al. 2002a). Additional litterfall in-
formation has been published from Sierra de Huautla Reserve, Morelos 
(Saynes et al. 2005) and the Yucatán peninsula region, in both deciduous 
and semi-evergreen SDTF in Mexico (Lawrence and Foster 2002; Campo 
and Vázquez-Yanes 2004). Annual total litterfall for deciduous SDTF in 
Latin America is 4.9 plus or minus 2.1 megagrams per hectare per year 
(mean plus or minus SD, n = 12) with a range of 2.9 to 8.5 megagrams 
per hectare per year, of which 65 to 90 percent is the leaf fraction (table 
7-1). Values are higher for both semideciduous SDTF (7.0 plus or minus 
1.3 megagrams per hectare per year, n = 5) and semi-evergreen SDTF (6.9 
plus or minus 0.8 megagrams per hectare per year n = 3; table 7-1). 

There is still little information to compare year-to-year fine-litterfall 
variation for Neotropical SDTF. Only two multiyear studies have been 
published to date. Martínez-Yrízar and Sarukhán (1990) found low and 
high annual leaf-fall values in successive years, independent of the varia-
tions in annual rainfall during a 5-year period at Chamela. For the semi-
evergreen forests of the Yucatán peninsula, Whigham et al. (1990) reported 
yearly leaf-fall variation for a 4-year period but found a negative correlation 
between annual leaf fall and current-year precipitation. 

Compared with the number of studies on aboveground litter produc-
tion, belowground litter production (roots) has been a neglected aspect of 
productivity studies in Neotropical SDTF. The single recent study (Cas-
tellanos et al. 2001) found considerable dry season fine-root mortality at 
Chamela. Furthermore, the fine-root turnover rate was 3.1 per year, which 
is three times higher than the leaf litter turnover rate of 0.72 per year (es-
timated from Martínez-Yrízar 1995). Based on these values, Castellanos et 
al. (2001) suggest that the relative importance of belowground processes 
for carbon and nutrient supply to the soil in Chamela could be greater than 
the aboveground returns. 

Seasonal and Spatial Variation in Litterfall

Pronounced seasonality in fine litterfall is a general phenological feature 
for all SDTF. The largest monthly leaf fall occurs at the onset of the dry 
season, although maximum leaf drop may be delayed 3 to 4 months 
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Table 7-1. Leaf litter and total litter production in Latin American seasonally dry 
tropical forests 

Country/Site Forest type    Latitude Longitude MAT (°C)

Mexico     

Sierra Huautla, Morelos D 18°28'N 99°01'W 24.5
Chamela, Jalisco

Plano SD 19°30'N 105°03'W 24.9
Inclinado D " " "
Arroyo SD " " "
Upland D " " "
Arroyo SD " " "
Hills D " " "
W1-up D " " "
W1-middle D " " "
W1-bottom D " " "

Yucatán peninsula
Dzibilchaltun D 21°06'N 89°17'W 25.8
Puerto Morelos SE 20°49'N 87°07'W 25.0
El Refugio SE 18°49'N 89°23'W 25
Nicolás Bravo SE 18°27'N 88°56'W "
Arroyo Negro SE 17°53'N 89°17'W "

Puerto Rico

Guánica D 18°66'N 66°92'W 25.1
Guánica D " " "

Costa Rica

Palo Verde D 10°26'N 85°23'W 26.0

Venezuela

Calabozo D 8°48'N — 27.0

Brazil

Cuiabá SD 15°42'S 56°06'W 26.8
Serra do Japi SD 23°12'S 46°53'W 20.8  

*Studies in previous review by Martínez-Yrízar 1995
Forest type: D = deciduous, SD = semideciduous, SE = semi-evergreen. MAT = mean  
annual temperature (°C), MAP = mean annual precipitation (mm). Litterfall is in  
Mg ha–1 yr –1. Duration = period of study in years.
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MAP (mm) Litterfall    Duration Ref.

Leaf    Total  

     

851 — 4.2 1 1

735 3.6 5.1 2 2*
" 2.4 3.4 2 2*
" — 6.9 1 3*
" — 4.2 1 3*
" 4.8 6.6 5 4*
" 2.7 4.0 5 4*
" 2.8 3.3 10 5
" 2.6 3.2 10 5
" 3.1 4.2 10 5

760 — 8.5 4 6
1181 5.3 — 4 7

892 — 6.3 1 8
1144 — 6.6 1 8
1418 — 7.8 1 8

860 4.3 4.8 1 9*
" 2.5 2.9 1 10*

1500 — 8.2 Several 11*

1330 — 8.2 — 12*

1380 5.3 7.7 1 13
1340 5.5 8.5 1 14

Sources are 1: Saynes et al. 2005; 2: Vizcaíno 1983; 3: Ceballos 1989; 4: Martínez-
Yrízar and Sarukhán 1990; 5: Martínez-Yrízar et al. 1996; 6: Campo and Vázquez-
Yanes 2004; 7: Whigham et al. 1990; 8: Lawrence and Foster 2002; 9: Lugo and 
Murphy 1986; 10: Cintrón and Lugo 1990; 11: Gessel et al. 1980; 12: Medina 
and Zewler 1972; 13: Haase and Hirooka 1998; 14: Morellato 1992. 
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 depending on soil moisture availability, landscape position, rainfall dis-
tribution, and natural disturbances (Martínez-Yrízar and Sarukhán 1990; 
Whigham et al. 1991; Campo and Vázquez-Yanes 2004). Leaf drop may 
start earlier during years with low total precipitation (Whigham et al. 
1991). Litterfall seasonality also varies from site to site. For example, in 
semideciduous forests from Brazil and Mexico, 76 percent and 62 per-
cent of the annual total litterfall, respectively, was collected during the dry 
season (Martínez-Yrízar and Sarukhán 1990; Haase and Hirooka 1998). 
Litterfall seasonality has been associated with the relative abundance of 
deciduous and semideciduous tree species (Bullock and Solís-Magallanes 
1990; Morellato 1992). 

Other aspects of environmental heterogeneity are important for 
litterfall dynamics at a local scale. For example, at Chamela, water-
shed topography modifies the potential annual interception of pho-
tosynthetically active radiation such that soil organic matter and soil 
moisture content are greater at lower- than at upper-elevation areas 
within the watershed (Galicia et al. 1999). Following the trend in 
soil moisture, total annual litterfall is 30 percent higher at the lowest 
elevation (Martínez-Yrízar et al. 1996), suggesting a direct relation-
ship between forest productivity and topography, mediated by soil 
water availability.

Coarse Woody Debris Net Accumulation

Net annual accumulation of aboveground coarse woody debris (twigs 
and branches 2 or more centimeters in diameter) is a poorly quantified 
component of NPP for tropical forests in general. Working within a 
watershed at Chamela SDTF, Maass et al. (2002b) showed that an-
nual net accumulation of coarse woody debris (2 to 20 centimeters 
circumference) was significantly lower (1.30 megagrams per hectare 
per year) at the bottom than at upper and middle elevations (2.26 and 
3.26 megagrams per hectare per year, respectively). These results sug-
gest that conditions at the lower-elevation plot may reduce the rate 
of transfer from live to dead biomass, probably because higher soil 
moisture and phosphorus availability (Rentería et al. 2005) result in 
greater branch longevity. Measurements should be extended beyond 
a single year, since causes of wood mortality (i.e., droughts, storms, 
and hurricanes) may vary greatly from year to year (Maass, Jaramillo 
et al. 2002). 
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Wood Productivity in Stems and Branches (Radial Increment)

Compared with Neotropical humid tropical forest (Malhi et al. 2004), stem 
and branch productivity are rare in SDTF. In a 10-year study of two deciduous 
tree species at Chamela, Bullock (1997) showed that annual girth growth was 
highly correlated with precipitation in the mid wet season for a period of less 
than 2 months and was not affected by total annual precipitation or by heavy 
rainfall in the dry season. At the stand level, wood increment at Chamela was 
2.4 megagrams per hectare per year, which represented about 24 percent of 
total NPP (Martínez-Yrízar et al. 1996; A. Pérez-Jiménez, unpublished data). 

Fine-Root Productivity

Except for data from Chamela, there are no studies on fine-root productiv-
ity in Neotropical SDTF. Kummerow et al. (1990) had reported a fine-root 
productivity of 4.2 megagrams per hectare per year in the upper 40 centi-
meters of soil, while Castellanos et al. (2001) measured 1.8 megagrams per 
hectare per year in the top 10 centimeters of soil. Taken together, these data 
suggest that 43 percent of fine-root productivity occurs within the upper-
most 10 centimeters of the 40-centimeter profile. Interestingly, Castellanos 
et al. (2001) reported that 70 to 81 percent of root productivity at 0 to 10 
centimeters depth was concentrated in the first 5 centimeters of soil. Also, 
fine-root productivity responded strongly to seasonality of rainfall at this 
depth, a response not evident at the 5-to-10-centimeter soil depth. 

Forest Biomass

Recent biomass estimates for SDTF provide a better representation of the 
variability in forest structure compared with our previous review (Mar-
tínez-Yrízar 1995), although few of the studies are from outside Mexico. 
Nevertheless, as with belowground productivity, quantification of below-
ground biomass continues to be very scarce.

Aboveground Live Biomass 

Martínez-Yrízar (1995) presented five studies with aboveground biomass 
data for Neotropical SDTF. New information has recently been published, 
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for a total of 22 SDTF sites in three Latin American countries, from north-
western Mexico at 28 degrees N to Venezuela at 10 degrees N (table 7-2). 
Most of the work has been conducted in two areas of Mexico (with seven 
forest sites each), one located at Sonora, which is the northern limit of 
SDTF distribution, and the other at Chamela, the most intensively stud-
ied SDTF in the Neotropics. Aboveground live biomass in the deciduous 
SDTF varies from 35 to 140 megagrams per hectare, with a mean of 77.4 
plus or minus 30.5 megagrams per hectare (plus or minus SD, n = 16; 
table 7-2). In contrast, aboveground biomass for the semi-evergreen SDTF 
in the Yucatán peninsula is on average twice as high with 159.1 plus or mi-
nus 37.5 megagrams per hectare (n = 7, range 125 to 225 megagrams per 
hectare; table 7-2). In this region of Mexico, differences in aboveground 
biomass among old-growth forest plots (greater than 50 years old) may be 
partly related not only to past human disturbances but also to successional 
status, which is unknown for some sites beyond 20 to 30 years of recovery 
(Urquiza-Haas et al. 2007). At the local level, deciduous upland and the 
semideciduous floodplain forests in Chamela show pronounced differences 
in biomass associated with topography and water availability. According to 
Jaramillo et al. (2003) the mean aboveground live biomass of the decidu-
ous forest is 69.7 plus or minus 10.5 megagrams per hectare (n = 3), but 
the semideciduous forest is more than four times greater at 247 to 390 
megagrams per hectare. Floodplain forests at Chamela are at the higher 
end of the range of biomass values for different tropical forest types within 
Mexican SDTF (table 7-2).

Belowground Biomass (Roots)

Information regarding total belowground biomass of Neotropical SDTF 
is still very limited (table 7-2). In addition to the few values included by 
 Martínez-Yrízar (1995), there are three new studies on root biomass in 
Latin American SDTF. One comes from a site in Venezuela, where total 
root biomass (66.8 megagrams per hectare) was estimated using a root 
to shoot ratio value (0.48) calculated for tropical forests reported in the 
literature (Delaney et al. 1997). The other study is from Chamela, where 
mean root biomass (17 megagrams per hectare live plus dead) was mea-
sured via excavation (Jaramillo et al. 2003). This value is lower than the 
31 megagrams per hectare obtained from another forest site in Chamela 
(Castellanos et al. 1991). This difference could be related to variation in 
sampling procedures between studies or simply the result of site selection, 
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reflecting the degree of spatial variation in root biomass across the Chamela 
landscape (Jaramillo et al. 2003). 

Not surprisingly, root biomass also varies greatly between forest types 
within the same region. At Chamela, for example, there was a twofold dif-
ference in belowground biomass between the upland deciduous and the 
floodplain semideciduous forests (17 vs. 32 megagrams per hectare; Jara-
millo et al. 2003). Also, root biomass distribution within the soil profile 
varied between the two land cover types, so on average, 88 percent of the 
total root biomass was in the top 40 centimeters of the profile in the up-
land forest with shallower soils, compared with 85 percent in the top 60 
centimeters in the deeper arroyo soils (Jaramillo et al. 2003). The high con-
centration of root biomass in the upper 40 centimeters of soil in Chamela 
is similar to Guánica, where 90 percent of root biomass was distributed 
within the uppermost 40 centimeters (Murphy and Lugo 1986b).

The only new data for fine-root biomass (less than 2 millimeters in 
diameter) in SDTF comes from two studies at Chamela. Castellanos et 
al. (2001) reported a total fine-root biomass (live and dead, less than 1 
millimeter) in the upper 0 to 10 centimeters of soil in upland forest of 
108.3 grams per square meter, with 46 percent dead roots. Fine-root den-
sity (mean biomass per centimeter of soil) was greatest in the uppermost 2 
centimeters (about 50 percent of the total). The other study, by Jaramillo 
et al. (2003), reported a total fine-root biomass (live and dead, less than 
1 millimeter) in the upper 0 to 40 centimeters of soil of 160 grams per 
square meter in the upland forest and 180 grams per square meter in the 
floodplain forest, with a significant reduction with increasing depth. The 
values from Chamela are lower than the global SDTF average for total fine-
root biomass, which is 570 grams per square meter to 1-meter soil depth 
and about 239 grams per square meter in the upper 30 centimeters of soil 
(Jackson et al. 1997). For mature semi-evergreen forests in southeastern 
Mexico, fine roots (diameter less than 3 millimeters) varied from 4.1 plus 
or minus 0.6 to 6.4 plus or minus 0.6 SE megagrams per hectare (Vargas et 
al. 2008), which is closer to the global average value (Jackson et al. 1997).

Aboveground Dead Phytomass

The quantification of above- and belowground dead phytomass (nec-
romass) has been a neglected aspect of productivity studies in the tropics 
(Maass, Jaramillo et al. 2002; Baker et al. 2007). Maass, Jaramillo et al. 
(2002) measured, through direct harvest, a total aboveground necromass of 
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Table 7-2. Phytomass estimates for Latin American seasonally dry tropical forests 

Country/Site Type   Lat. N Long. W    MAT

Mexico     

San Javier, Sonora
San Juan 2 D 28°36' 109°44' 18

Alamos, Sonora
Vara Blanca D 27°01' 108°56' 24.3
Tempisque D 27°01' 108°56' "
La Luna D 27°01' 108°56' "
Isleta D 26°54' 108°54' "
Sahuira D 26°58' 108°52' "
Cieneguilla D 26°55' 108°54' "

Chamela, Jalisco
Biol. Reserve D 19°30' 105°03' 24.9
Biol. Reserve D " " "
Baja plot D " " "
Alta plot D " " "
Ridgeline D " " "
Middle slope D " " "
Lower slope D " " "
Garrapata SD " " "
Buho SD " " "

Yucatán peninsula
El Edén, Q. Roo SE 21°12' 87°11' 24.2
Q. Roo & Yucatán SE 18° to 21° 89° to 87° 26.0
La Pantera, Q. Roo SE 19°07' — —

" " " " "
El Refugio SE 18°49' 89°23' 25
Nicolás Bravo SE 18°27' 88°56' 25
Arroyo Negro SE 17°53' 89°17' 25

Puerto Rico

Guánica D 17°57' 62°52' 25.1
Sites 16, 17, 18 SE 18°19' 65°49' 27.5

Venezuela

Cerro El Coco D 10° 66° 27

Method for calculation: a allometric equations, bharvest, croot:shoot ratio, dforests ≥ 50–60 
years old. 
Forest type: D = deciduous, SD = semideciduous, SE = semi-evergreen. MAT = mean  
annual temperature (°C), MAP = mean annual precipitation (mm), BA = basal area (m2 ha–1), 
AGB = live aboveground biomass (Mg ha–1, dry weight), Dbh = minimum stem diameter at 
1.3 m included in measurements, BGB = total (live + dead) belowground biomass (Mg ha–1, 
dry weight), n.d. = not determined.
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    MAP   BA      AGB   Dbh   BGB   Ref.

      

760 28.1 81.5 a ≥3.0 n.d. 1

712 20.7 60.3 a ≥3.0 n.d. 1
" 15.4 44.8 a " n.d. 1
" 40.4 117.5 a " n.d. 1
" 16 46.6 a ≥2.0 n.d. 2
" 11.9 34.8 a " n.d. 2
" 25 72.6 a " n.d. 2

735 25.6 85 b all 35.7 c 3*
" — 73.6 a " 30.9 b 4*
" — 105.6 a, b all — 5
" — 121.4 a, b " — 5
" 20.8 59.9 a, b all n.d. 6
" 22.5 68.5 a, b " 18.0 b 6
" 27.1 80.7 a, b " 16.0 b 6
" 34.7 390.2 a, b " 32.0 b 6
" 29.4 247.5 a, b " 32.0 b 6

1650 — 130.9 a, b all 26.1b 7
≥1000 30.4 191.9 a ≥10.0 n.d. 8

1200 31.3 225 b ≥1.0 n.d. 9
" " 191.5 b ≥10.0 " "

892 — 128 a, b ≥1.0 n.d. 10 d

1144 — 150 a, b ≥1.0 n.d. 10 d

1418 — 125 a, b ≥1.0 n.d. 10 d

860 19.8 44.9 b ≥2.5 45 b 11d*
1262 26 163 a ≥10.0 n.d. 12 d

800 — 140 a ≥10.0 66.8 c 13

Sources are 1: Martínez-Yrízar et al. 2000; 2: Álvarez-Yépiz et al. 2008; 3: Martínez-Yrízar 
et al. 1992; 4: Castellanos et al. 1991; 5: Kauffman et al. 2003; 6: Jaramillo et al. 2003; 7:  
Vargas et al. 2008; 8: Urquiza-Haas et al. 2007; 9: Cairns et al. 2003; 10: Lawrence and 
Foster 2002; 11: Murphy and Lugo 1986b; 12: Gould et al. 2006; 13: Delaney et al. 1997. 
*Studies in previous review by Martínez-Yrízar 1995.
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27.2 megagrams per hectare at Chamela; 71 percent of this was deadwood 
either hanging or attached to live trees, while the rest was surface litter. More 
recently, Jaramillo et al. (2003), using deadwood diameter at breast height 
measurements and the planar intercept technique, measured aboveground 
necromass (downed wood and standing) by land cover type in Chamela and 
reported 42.5 plus or minus 4.3 megagrams per hectare (or about 38 per-
cent of total aboveground; mean and SE) and 56.0 plus or minus 5.4 mega-
grams per hectare (or about 14 percent of total aboveground) in upland and 
floodplain forests, respectively. Necromass in Chamela deciduous forests is 
higher than the 4.8 megagrams per hectare reported for SDTF in northern 
Venezuela (Delaney et al. 1998). For semi-evergreen forests of the Yucatán, 
aboveground necromass is 37.5 megagrams per hectare (Eaton and Law-
rence 2006), which is within the range (17.7–42.7 megagrams per hectare) 
reported by Harmon et al. (1995) for semi-evergreen forests in northeastern 
Quintana Roo, Mexico. These few studies suggest that variation of woody 
dead mass across deciduous, semideciduous, and semi-evergreen forests 
likely reflects differences in floristic composition, tree mortality rates, sub-
strate quality, and productivity (Harmon et al. 1995; Maass, Jaramillo et 
al. 2002). Other factors affect the size of the deadwood pool, such as suc-
cessional status, the frequency and intensity of natural disturbance, man-
agement and history of land use, or even the methods used in each study 
(Delaney et al. 1998; Eaton and Lawrence 2006; Baker et al. 2007). 

Forest Biogeochemistry

Biogeochemical studies in SDTF in Latin America span a variety of vegeta-
tion and soil processes. Similar to productivity and biomass studies, most 
recent studies are from Mexico. Thus, the information gaps identified in an 
earlier review (Jaramillo and Sanford 1995) have been partially filled, but 
with a heavy geographical bias within the Neotropics.

Leaf Nutrients, Resorption, and Litterfall

Our previous assessment of SDTF leaf nutrients revealed that Chamela for-
ests had the highest leaf nitrogen concentration with a mean of 29.6 mil-
ligrams per gram, while mean leaf phosphorus was 2.8 milligrams per gram 
(Jaramillo and Sanford 1995). Only two subsequent publications report 
SDTF leaf nutrients. In central Mexico, Cárdenas and Campo (2007) mea-
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sured leaf nitrogen (23.1 milligrams per gram) and leaf phosphorus (2.0 
milligrams per gram) in mature leaves of the dominant legume, Lysiloma 
microphyllum Benth. Rentería et al. (2005) found variation in leaf nitro-
gen and phosphorus at Chamela greater than previously reported; nitrogen 
concentrations measured for six species during 3 consecutive years varied 
from 12 to 66 milligrams per gram, phosphorus concentrations from 1.0 to 
4.8 milligrams per gram, and leaf nitrogen-to-phosphorus ratios from 7.5 
to 30.1 (mean = 18). For comparison, we summarize recent measurements 
from the Cerrado and Atlantic forests in Brazil, with deciduous, perennial, 
and semideciduous species (table 7-3). Maximum values for both leaf ni-
trogen and phosphorus are greatest at Chamela, and although the mean 
 nitrogen-to-phosphorus ratios are not conspicuously different, some spe-
cies at Chamela show much lower ratios. If foliar nitrogen-to-phosphorus 
ratios are indicative of nutrient limitation (Güsewell 2004), these data sup-
port the view that phosphorus is limiting in these seasonally dry ecosys-
tems. The data from Chamela indicate that high nitrogen-to-phosphorus 
ratios may covary with local topography and soil phosphorus availability. 
These are mediated by local variation in water availability and in annual 
rainfall (Rentería et al. 2005).

Nutrient resorption, the process by which nutrients are translocated 
from senescing leaves prior to abscission and moved to other plant tissues 
(Killingbeck 1996), has been well described for many ecosystems but less 
so for SDTF (Jaramillo and Sanford 1995). Resorption measures include 
efficiency, in which Re equals the percentage of a nutrient withdrawn from 

Table 7-3. Leaf nitrogen and phosphorus concentrations and N:P ratios in season-
ally dry deciduous tropical forest, cerrado, and semideciduous Atlantic forest 

Deciduous (1) Cerrado (2)
Semidec. 
Atlantic 
Forest (2)

Dec.-Ever.  
(3)

Dec.-Ever.  
(4)

Semidec.  
(5)

N (mg g–1) <12–66  14.8  17.3 5–32 7.2–17.8 14–21

P (mg g–1) 1.0–4.8  0.67  0.89 0.25–1.75 0.43–0.72

N:P 7.5–30.2  22.6  20.5 15–28

No. spp. 6 14 14 11 10 3

No. spp. = number of species, Dec. = deciduous, Ever. = evergreen, Semidec. =  
semideciduous. 
Data sources are (1) Rentería et al. 2005, (2) Hoffman et al. 2005, (3) Franco et al. 2005, 
(4) Nardoto et al. 2006, (5) Geßler et al. 2005.
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mature leaves before abscission, and proficiency, in which Rp equals the 
minimum level to which a nutrient is reduced during senescence (Killing-
beck 1996). 

Recent studies on nitrogen and phosphorus resorption efficiencies in 
seasonally dry Neotropical ecosystems report high interspecific variability 
in Mexican SDTF (0-62 percent; Rentería et al. 2005) and in Brazilian 
Cerrado (38-77 percent; Nardoto et al. 2006). The study by Rentería et 
al. (2005), in which resorption was measured during one wet and two dry 
years, showed that nitrogen and phosphorus Re were controlled more by 
water availability than by soil nutrients. Moreover, phosphorus Rp was 
controlled interactively by water and soil nutrient availability. Senesced-
leaf phosphorus concentrations decreased (= higher proficiency) with di-
minishing rainfall and were lowest at sites with lower soil phosphorus and 
water availabilities. A relationship between phosphorus Rp and soil phos-
phorus availability has also been documented for Lysiloma microphyllum in 
central Mexico (Cárdenas and Campo 2007).

Litterfall nutrient fluxes in tropical forests and nutrient-use-efficiency 
estimates have been derived to assess potential nutrient limitation to for-
est productivity (Vitousek 1984). With the exceptions of estimates from 
Chamela (Jaramillo and Sanford 1995; Díaz 1997; Campo et al. 2001) 
and the Yucatán peninsula (Read and Lawrence 2003), litterfall nutrient 
fluxes have been quantified rarely in Neotropical SDTF. Litterfall nitrogen 
and phosphorus fluxes measured at Chamela by Díaz (1997) are similar to 
those reported previously (Jaramillo and Sanford 1995), but phosphorus 
fluxes are spatially and temporally more variable than nitrogen. Read and 
Lawrence (2003) show that semi-evergreen forest in the southern Yucatán 
peninsula has both lower nitrogen (1.09 to 1.2 percent) and lower phos-
phorus (0.039 to 0.059 percent) than at Chamela, but levels are similar to 
those reported for mature SDTF in Belize (Lambert et al. 1980). In Mex-
ico,  nitrogen-to-phosphorus ratios in litterfall range between 18 and 31 in 
diverse SDTF. For both Chamela and the Yucatán, nitrogen concentrations 
and fluxes in litterfall are rather insensitive to spatial and temporal varia-
tions in rainfall, whereas phosphorus concentrations and fluxes show con-
siderable response to such variations. Based on the low phosphorus con-
centrations in litterfall and high phosphorus use efficiency in areas with less 
rainfall, Read and Lawrence (2003) suggest water (primarily) and phos-
phorus (secondarily) limitations control ecosystem nutrient cycling in the 
Yucatán. Rentería et al. (2005) arrive at similar conclusions, but they are 
based on variation in senesced-leaf phosphorus concentrations in response 
to water and nutrient availability. For seasonally dry Brazilian Cerrado, 
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Nardoto et al. (2006) show low litterfall concentrations for both nitrogen 
(0.7 percent) and phosphorus (0.02 percent) and very high phosphorus 
use efficiency (4340; litterfall mass/nutrient mass in litterfall). Interestingly, 
the studies from Mexico and Brazil have both identified phosphorus limita-
tion coupled to water availability. 

Water Mediation of Nutrient Release in Litter and Soil

Pulsed nutrient release and its relation to water availability in terrestrial 
ecosystems was proposed as an important process in SDTF by Singh et 
al. (1989) and has subsequently received considerable attention (e.g., van 
Gestel et al. 1993; Lodge et al. 1994; Austin et al. 2004). Briefly, they pro-
pose that rewetting dry soil at the onset of the wet season results in large 
pulses of nutrient mineralization primarily due to the lysis of microbial bio-
mass. Jaramillo and Sanford (1995) further suggested that mineralization 
of microbial biomass could represent an important pathway for nutrient 
cycling throughout the growing season in SDTF, due to episodic dry spells 
within the wet season. There is new evidence concerning the actual role of 
this process in SDTF (see Microbial Associations below).

A number of studies in forests at Chamela show that nutrients accumu-
late during the dry season, including soil ammonium (NH4

+) and nitrate 
(NO3

–) (García-Méndez et al. 1991; Davidson et al. 1993; Montaño et al. 
2007), soluble and microbial phosphorus in litter and soil (Campo et al. 
1998), litter and soil-soluble carbohydrates and proteins (García-Oliva et 
al. 2003), dissolved organic carbon and microbial carbon and nitrogen in 
soil (Montaño et al. 2007), and water-soluble organic carbon and nitrogen 
and microbial carbon in surface litter (Anaya et al. 2007). Inorganic and 
organic nutrients become available for plant and microbial uptake after the 
onset of rains. Microbial biomass nutrients are also mineralized as water 
availability increases such that most labile carbon, nitrogen, and phospho-
rus decrease during the rainy season. Furthermore, there is greater poten-
tial carbon mineralization in litter and soil from dry-season than from rainy-
season samples (García-Oliva et al. 2003; Anaya et al. 2007; Montaño et al. 
2007). Soil nitrogen mineralization increases in rainy-season soil samples 
as well (Montaño et al. 2007). Rainfall seasonality also influences nutri-
ent redistribution between soil aggregate fractions such that soil organic 
matter associated with macroaggregates (greater than 250 micrometers) 
represents the main source of energy for microbial activity at the beginning 
of the wet season (García-Oliva et al. 2003). Experimental evidence shows 
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that a simulated rainfall event of 30 millimeters on dry-season litter and soil 
may release up to 0.358 gram of phosphorus per square meter (Campo et 
al. 1998). This flux represents 83 percent of the phosphorus returned via 
annual litterfall. In contrast, the same 30-millimeter rainfall event on litter 
and soil samples collected during the rainy season promoted phosphorus 
immobilization, suggesting that litter and soil moisture conditions prior to 
a rainfall event may determine the pattern of microbially mediated nutrient 
fluxes. Other experiments in Chamela have shown that a threshold of 12 
percent gravimetric soil moisture has to be reached for microbial nutrients 
to mineralize (González-Ruiz 1997). These results indicate that rainfall sea-
sonality and quantity regulate nutrient dynamics in litter and soil in SDTF, 
making nutrients available for plant and microbial growth.

Microbial Associations

In SDTF with abundant legume species, the many N-fixers are potentially 
important contributors for nitrogen inputs to the ecosystem. Only two 
studies on nitrogen fixation are available for SDTF, and both indicate that 
water availability is crucial for nodule formation and activity. Teixeira et al. 
(2006) excavated roots of Cratylia mollis Mart. ex Benth. in irrigated and 
nonirrigated plots in the Caatinga and determined delta 15N signatures in 
plant tissues. They found nodules only in the irrigated plots, where 15N val-
ues were lower than in nonirrigated plots, and concluded biological nitro-
gen fixation was limited by water deficit. González-Ruiz et al. (2008) found 
a close correlation between soil moisture and the presence of root nodules 
in nine leguminous species at Chamela. Nodules were active during the 
rainy season, and peak nodulation appeared soon after the onset of rainfall 
in July and decreased thereafter; no nodules were found before the onset of 
rains (April) nor after the end of the rainy season (November). Thus, the 
evidence suggests that nitrogen-fixing legumes in Neotropical SDTF fix 
atmospheric nitrogen only when soil moisture is adequate.

Watershed-Level Input-Ouput Budgets 

Nutrient mass balances shed light on the relative importance of atmospheric 
input and soil leaching for the nutrient economy, the long-term sustainabil-
ity of an ecosystem, and the relative importance of the soil as a nutrient 
source in an ecosystem. Bruijnzeel (1991) reviewed nutrient budgets for 
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tropical forests, but there were no studies on SDTF. Even now, there are 
only two published accounts of watershed studies in Neotropical SDTF. 
One study documented base cation (calcium, potassium, and magnesium) 
input and output balances (Campo et al. 2000), and the other documented 
phosphorus cycling (Campo et al. 2001), both at Chamela. 

Phosphorus and cation balances indicated that aboveground return 
(litterfall) was large relative to atmospheric inputs and runoff water losses, 
although more so for cations than for anions (table 7-4). Average mineral 
inputs (i.e., bulk deposition plus throughfall) represented approximately 
13, 2.6, 3.0, and 4.2 percent of the annual phosphorus, calcium, potas-
sium, and magnesium aboveground return, respectively. Mean nutrient 
losses from runoff were much lower than litterfall fluxes, but they were 
much greater for cations than for phosphorus. García-Oliva and Maass 
(1998) measured cation and phosphorus pools in the uppermost 6 centi-
meters of soil at 507 (calcium), 98.5 (potassium), 165 (magnesium), and 
8 (orthophosphate phosphorus) kilograms per hectare, suggesting that 
soil nutrient supply exceeds atmospheric inputs and losses in stream water. 
A comparison of stream water cation losses to inputs for a 6-year period 
shows that inputs are lower than outputs (table 7-4). This indicates that 
soil weathering, and most of the associated nutrient release, exceeds the 

Table 7-4. Watershed input-output balances in the Chamela seasonally dry 
tropical forest (kg/ha/yr) 

Inputs-Outputs      P       Ca       K       Mg

Bulk deposition 0.156 3.030 1.310 0.800

Stream runoff 0.064 5.240 2.830 1.790

POM 0.002 0.083 0.003 0.008

Sediments 0.002 0.021 0.001 0.003

Net +0.092 ¯2.21 ¯1.52 ¯0.99

Intrasystem fluxes

Throughfall 0.35* 1.27 2.07* 0.290

Litterfall 3.88 11.39 2.31 1.59

*enrichment compared to bulk deposition
Values for bulk deposition and runoff are the means of 6 years of measurements. POM = 
particulate organic matter. Net = bulk deposition – stream runoff. 
Cation data from Campo et al. 2000; P data from Campo et al. 2001.
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 nutrient uptake capacity of the forest. In contrast, the 6-year balance shows 
that phosphorus is conserved within the watersheds.

The role of rainfall variation in nutrient balances at this scale is evident 
when cation budgets for a wet (1993) and a dry (1994) year are compared, 
where net losses occur in the former and nutrient accumulation in the lat-
ter (Campo et al. 2000). However, for phosphorus, losses are always lower 
than inputs regardless of rainfall and runoff (Campo et al. 2001). The dif-
ference between phosphorus and cation net balances at the watershed scale 
is particularly striking for the El Niño year of 1992, when a precipitation 
equivalent to a full rainy season fell in January (649 millimeters), which is 
normally a dry month (mean = 35 millimeters), and total rainfall was 1186 
millimeters, well above the 746 millimeters long-term mean. Net losses 
from the watersheds were –11.7, –4.9, and –1.16 kilogram per hectare for 
calcium, potassium, and magnesium, respectively, compared with a small 
net phosphorus gain of +0.011 kilogram per hectare. This indicates that 
the phosphorus cycle is very conservative at the watershed scale in Chamela.

Ecosystem Carbon and Nitrogen Pools

Very few studies in the Neotropics have quantified total ecosystem carbon 
and nitrogen pools. One such study conducted at Chamela (Jaramillo et al. 
2003) quantified nearly three times greater biomass carbon and nitrogen 
pools in the semideciduous forest along the floodplain than in the shorter, 
upland deciduous forest (table 7-5). This difference is striking consider-
ing that both forest types experience pronounced rainfall seasonality with 
a 6- to 7-month dry season. The soil pools also reflect the differences be-
tween these forests, although more so for nitrogen (2.5 times greater) than 
carbon (1.5 times greater). Total ecosystem carbon and nitrogen pools in 
the semideciduous forest are more than double those in deciduous forest. 
Interestingly, the biomass carbon in semideciduous forest is very similar to 
the evergreen wet forest at Los Tuxtlas, Veracruz, Mexico (Hughes et al. 
2000; table 7-5), despite a sixfold difference in the mean amount of rainfall 
between the two areas (746 millimeters in Chamela vs. 4700 millimeters in 
Los Tuxtlas). Moreover, in spite of a lower soil nitrogen pool in the semi-
deciduous forest at Chamela, the biomass nitrogen pool is 1.6 times greater 
than for the evergreen forest (table 7-5). These studies show that soil eco-
system carbon is 37 percent (semideciduous forest), 54 percent (deciduous 
forest), and 51 percent (evergreen wet forest) of the total ecosystem car-
bon, while soil nitrogen pools comprise 85 percent (semideciduous forest), 
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86 percent (deciduous forest), and 92 percent (evergreen wet forest) of the 
total ecosystem nitrogen. Thus, a high percentage of nitrogen in tropical 
ecosystems is stored in the mineral soils, whereas the proportion of carbon 
in soil pools is more variable. A study of mature semi-evergreen SDTF in 
northeastern Yucatán peninsula (Vargas et al. 2008) estimates an ecosystem 
carbon pool of 149.5 megagrams per hectare, which is more similar to the 
ecosystem carbon pool of the deciduous than to the semideciduous forest 
of Chamela. 

Conclusions and Remaining Challenges

Earlier reviews identified information gaps concerning productivity and nu-
trient cycling in SDTF worldwide (Jaramillo and Sanford 1995; Martínez-
Yrízar 1995), which included above- and belowground biomass, organic 
matter decomposition, the role of microbial biomass, fine-root turnover, 
and nutrient resorption. Published work since then indicates progress, 

Table 7-5. Biomass carbon and nitrogen pools in three forest types 

Deciduous 1 Semideciduous 1 Evergreen 2

Carbon (Mg ha ¯1)    

Aboveground 58 180 195

Roots 7 13 9

Total C in biomass 65 193 204

Soil 76 114 210

Total ecosystem C 141 307 414

Nitrogen (kg ha ¯1)

Aboveground 940 2,623 1,705

Roots 106 264 140

Total N in biomass 1,046 2,887 1,845

Soil 6,659 16,730 19,800

Total ecosystem N 7,705 19,617 21,645

1Forest types located within the Chamela region
2Rain forest from the Los Tuxtlas region
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 albeit still limited. For example, above- and belowground biomass data for 
Neotropical SDTF has significantly increased in the last few years, but most 
come from a couple of regions or a few sites.

Our review indicates that studies on NPP and biogeochemistry of 
SDTF in the Neotropics are still very scarce, especially outside Mexico. Lit-
terfall, as an index of NPP, is the most commonly measured component 
of productivity. Other components are rarely measured, particularly root 
productivity, stem growth, losses to herbivores, and tree mortality. Multi-
year litterfall studies are also limited, and only two sites in Mexico provide 
information for periods longer than 4 years. Long-term data are relevant to 
understand the responses of functional processes to climatic anomalies such 
as the El Niño–Southern Oscillation and to climate change. The evidence 
suggests there is an interactive control of water and soil phosphorus avail-
ability and cycling on primary productivity and nutrient dynamics, at least 
at some sites.

Important gaps remain where there is little or no information relevant 
to the understanding of the consequences of global change in SDTF. These 
include key components of the carbon cycle (e.g., soil respiration and 
 vegetation-atmosphere carbon exchange), the contribution of N-fixation 
to the nitrogen economy of SDTF, and quantification of the major nitro-
gen fluxes and nitrogen transformations in more sites. Understanding their 
interaction with water availability is crucial, not only because water is the 
main limiting resource in SDTF, but because climate change will likely alter 
the amount and the distribution of rainfall in SDTF regions.

The growing interest in secondary SDTF productivity and nutrient 
cycling is relevant because secondary forests cover an increasing area in all 
seasonally dry tropical regions of the world. Moreover, such information 
allows examination of the paths taken and time needed for these processes 
to recover, and the extent to which they can recover, with woody species 
regrowth or invasion after disturbance of primary SDTF. Biogeochemical 
information on the consequences of anthropogenic conversion of SDTF 
(see chap. 10) should provide a context for understanding soil processes 
during secondary succession in the dry tropics. This may be relevant for 
restoration schemes in disturbed or managed areas in the region.



Chapter 8

Physiological Mechanisms Underlying the 
Seasonality of Leaf Senescence and Renewal 

in Seasonally Dry Tropical Forest Trees

Juan Pablo Giraldo and N. Michele Holbrook

Seasonality in the presence and production of leaves is the defining char-
acteristic of seasonally dry tropical forest (SDTF) ecosystems and has im-
portant implications for their functioning. Temporal patterns of shoot 
activity influence photosynthetic carbon gain and thus affect competition 
between tree phenological types (Givnish 2002), the seasonal rhythms of 
tree- herbivore interactions (Leigh 1999; Dirzo and Boege 2009), and the 
annual ecosystem carbon uptake and energy fluxes (Kucharik et al. 2006). 
The impact of leaf phenology on tree carbon return is associated with its ef-
fect on the length of leaf exposure to herbivore and pathogen damage, the 
timing of leaf loss for water balance, and the energy investment in leaf con-
struction (Franco et al. 2005). The timing and the length of leaf presence in 
tropical forests has also been suggested to play a key role in maintaining tree 
diversity by regulating the abundance of pest pressures (Leigh et al. 2004). 

According to a recent study, a high proportion of SDTFs in the Ameri-
cas are at risk of severe climate change due to changes in rainfall patterns; 
in African forests, habitat fragmentation and fire are the most significant 
threats; while in Eurasian forest, agricultural conversion and human popula-
tion density will have a greater impact (Miles et al. 2006; see also chap. 16). 
Understanding how these threatened ecosystems will respond as climate 
change and deforestation further modify natural patterns of precipitation 
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and light availability (Cox et al. 2000; Sampaio, Nobre et al. 2007) is im-
portant for the implementation of sound conservation strategies. In tropical 
rain forests, predictions of carbon and energy fluxes have been significantly 
improved by incorporating physiological mechanisms into simulation mod-
els (Williams et al. 1998). Better understanding of the physiological mecha-
nisms underlying the phenology of tropical trees will enhance our ability to 
predict the impacts of climate change on SDTF (Cleland et al. 2007). 

The developmental transitions controlling seasonal patterns of leaf re-
newal and senescence are thought to be influenced by environmental and 
age-related factors (Noodén and Leopold 1988). Soil moisture, stem water 
storage, light, vapor pressure deficit, and photoperiod have all been impli-
cated (Wright and Cornejo 1990; Borchert 1994a,b; Borchert and Rivera 
2001), but the mechanisms by which changes in environmental conditions 
trigger phenological transitions in SDTF trees are not well understood. 
Studies of tropical deciduous forest phenology have largely focused on the 
availability of resources and external conditions needed for photosynthesis 
and growth. In contrast, work on crops and model plant species highlights 
a role for plant growth regulators in integrating meristem activity with en-
vironmental factors (Srivastava 2002). This chapter seeks to bridge these 
two research themes, exploring how the plant vascular system may play 
a role both in sensing changes in the environment and in controlling the 
delivery of compounds that affect developmental transitions. We focus first 
on the role of leaf and root hydraulics in controlling leaf senescence and 
abscission, before examining the relationship between seasonal dynamics of 
stem hydraulic conductance and the production of new leaves. We believe 
that an integrative physiological understanding of the mechanisms regulat-
ing leaf phenology is fundamental for studies of tropical tree community 
ecology, tree-atmosphere interactions, and biodiversity conservation under 
a changing climate. 

Mechanisms Underlying Patterns  
of Leaf Senescence and Abscission 

Field studies linking phenological activity with climate conditions support 
what seems obvious to even a casual visitor to a seasonally dry tropical for-
est: an important role for water availability in determining patterns of leaf 
senescence and abscission in SDTF trees (Daubenmire 1972b; Frankie 
et al. 1974; Opler et al. 1980; Reich and Borchert 1982, 1984; Bullock 
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and Solís Magallanes 1990; Medina and Cuevas 1990; Whigham et al. 
1990). Such observational studies, however, are not sufficient to uncover 
the mechanisms by which seasonal variation in rainfall, humidity, cloudi-
ness, and wind speed influences the timing and intensity of leaf fall. Over 
the past two decades, a combination of detailed physiological studies and 
experimental manipulations has begun to illuminate the ways in which the 
activity of dry forest trees is influenced by the seasonality of their environ-
ment. These studies call into question some earlier hypotheses and, based 
on new observations on the hydraulic properties of roots and leaves, open 
the door to a more integrated understanding of how water availability in-
fluences leaf senescence. 

A hallmark of tropical deciduous forests is the range of phenologi-
cal patterns exhibited by resident trees (Sánchez-Azofeifa, Kalaczka et 
al. 2003). In most tropical deciduous forests, evergreen, leaf-exchanging 
(brevi-deciduous), and even wet-season-deciduous species co-occur with 
the canonical drought-deciduous species. Furthermore, within each phe-
nological category there is substantial diversity. For example, among 
drought-deciduous species, some lose their leaves at the very beginning of 
the dry season, while others hold onto leaves well into the dry period. The 
coexistence of evergreen and deciduous taxa has led to the expectation of 
cost-benefit trade-offs associated with differences in leaf longevity (Givnish 
2002). Because the woody portions of the plant both represent the largest 
investment in biomass and have a lasting impact on plant performance, 
studies of tropical deciduous forest phenology have largely focused on the 
hydraulic properties of stems, with the expectation that differences in xylem 
hydraulic conductivity, resistance to cavitation, and rooting depth would 
be associated with leaf phenology (Holbrook et al. 1995). 

Despite efforts to test this idea, a clear pattern has not emerged. Some 
studies report that deciduous species are more vulnerable to cavitation and 
have lower hydraulic investments than co-occurring evergreen species (So-
brado 1993; Choat et al. 2005). However, others report that evergreen and 
deciduous species exhibit a similar range of stem hydraulic conductivities 
(Brodribb et al. 2002) and the absence of a clear association between stem 
xylem vulnerability to cavitation and leaf phenology (Brodribb et al. 2003). 
Studies of rooting depth are also diverse in terms of their findings. For 
example, a number of studies suggest that dry forest evergreen and brevi-
deciduous trees have deeper roots than deciduous trees (Borchert 1994b; 
Borchert et al. 2002); in contrast, others indicate that evergreen trees tend 
to acquire water in upper soil layers, while deciduous trees tap deeper water 
sources (Jackson et al. 1999). Although stem structure and rooting depth 
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remain important attributes of tropical deciduous forest trees, they are not 
sufficient to explain the diversity of phenological patterns exhibited by 
these trees.

A second area in which recent work has advanced our understanding 
of SDTF phenology concerns the role of leaf age. Leaf senescence in her-
baceous and crop plants is an age-dependent developmental process (Lim 
et al. 2007), and leaf age has been hypothesized to play a role in the phe-
nological behavior of SDTF species (Reich and Borchert 1984). A recent 
experimental study in which leaf age was manipulated by a series of arti-
ficial defoliations, however, found that the timing of leaf abscission was 
independent of leaf age (Gutierrez-Soto et al. 2008). A similar effect was 
observed in the timing of leaf abscission of plants affected by the 1998 
El Niño–Southern Oscillation drought, which resulted, in some species, 
in the production of new leaves partway through the usual rainy period 
(Borchert et al. 2002). Although leaf age does not appear to play a pivotal 
role in determining the timing of leaf abscission in SDTF trees, caution is 
warranted because the effects of leaf age have been studied directly in only 
a small number of species.

Finally, we consider the role of seasonal changes in soil water avail-
ability in light of a long-term irrigation experiment conducted at Barro 
Colorado Island, Panama. Despite the maintenance of water potentials, a 
measure of the free energy of water, close to soil field capacity for three 
consecutive dry seasons, patterns of leaf fall remained unchanged in the 
majority of species (Wright and Cornejo 1990). The authors of that study 
hypothesize that increased vapor pressure deficits and irradiance, instead 
of soil drying, trigger leaf fall in tropical trees. Barro Colorado Island falls 
on the moist and evergreen end of the spectrum of SDTF, and thus it is 
possible that forests exposed to greater seasonal variation in rainfall would 
show a more pronounced response to soil moisture. However, atmospheric 
conditions play an important role in determining leaf fall in many tropi-
cal deciduous forest trees. For example, species with low wood density are 
typically among the first to shed their leaves, despite the presence of large 
amounts of water in their stems (Nilsen et al. 1990; Olivares and Medina 
1992; Chapotin et al. 2006).

Where does this leave us in terms of our understanding of the phenol-
ogy of SDTF trees? We believe that an important step forward is to place 
the phenological behavior of SDTF trees within a developmental context. 
Studies of herbaceous and crop plants demonstrate that leaf senescence is 
not a passive degenerative process (Lim et al. 2007). The marked changes 
in gene expression that accompany the onset of senescence indicate that this 
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must be viewed as a well-regulated developmental transition (Buchanan-
Wollaston et al. 2003; Guo and Gan 2005), rather than simply a response 
to adverse conditions. An important aspect of leaf senescence is the retrans-
location of nutrients, a process that involves the degradation of chlorophyll, 
cell membranes, and other major changes in cell structure and metabolism. 
Thus, at a minimum, leaf senescence in deciduous species must anticipate 
conditions that render the leaf unable to carry out these functions, while 
for brevi-deciduous and evergreen species, the timing of leaf senescence 
may reflect selection for the most advantageous period for leaf expansion, 
as well as optimization of whole-plant photosynthesis (Ono et al. 2001).

One mechanism for how reduced water availability can trigger the 
developmental changes associated with leaf senescence is by altering the 
hydraulic properties of roots and leaves. In SDTF of northwestern Costa 
Rica, leaf shedding is preceded by a large decline in the conductance of 
water in the liquid phase through leaves (Kleaf) (fig. 8-1) (Brodribb and 
Holbrook 2003). For example, the deciduous species Calycophyllum can-
didissimum and Rhedera trinervis experience a five- to tenfold decline in Kleaf 
from leaf maturity to leaf abscission. Evergreen Quercus oleoides and leaf ex-
changer Simarouba glauca also undergo considerable declines in Kleaf prior 
to leaf fall (Brodribb and Holbrook 2005). Consistent with the idea that 
Kleaf plays a role in triggering senescence, rather than occurring as a conse-
quence of leaf senescence, Kleaf begins to decline before changes in stomatal 
conductance and photosynthetic activity, measured by chlorophyll fluores-
cence (Brodribb and Holbrook 2003). 

Declines in root hydraulic conductance associated with soil drying may 
also be associated with leaf shedding. As the dry season progresses, tropical 
savanna trees of Brazil with diverse leaf phenologies experience an increase 
in root embolisms (Domec et al. 2006). Four savanna tree species with sig-
nificant differences in root depth exhibit dry-season percent loss of native 
conductivity between 25 and 45, with roots of the brevi-deciduous species 
Qualea parviflora reaching up to 80 percent loss of native conductivity be-
fore the beginning of the wet season (fig. 8-2). 

Roots and leaves are well suited to play a major role in transducing 
changes in water availability. Together they constitute a major part of the 
resistance of water movement through trees (Kramer and Boyer 1995; Sack 
and Holbrook 2006), while their locations at the terminal ends of the tran-
spiration stream mean that they are closely coupled to the environment. In 
particular, changes in root hydraulic properties may reflect variation in soil 
water availability, while changes in leaf hydraulic properties are subject to 
changes in atmospheric demand (Domec et al. 2009).
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A decline in hydraulic conductance, irrespective of where it takes place 
within the plant, has the potential to amplify seasonal effects of reduced wa-
ter availability via changes in stomatal aperture. Stomatal closure, in turn, 
could trigger leaf senescence by affecting carbon availability, the produc-
tion of toxic forms of oxygen such as reactive oxygen species, or nutri-
ent or hormonal status. Age-related declines in photosynthesis have been 
proposed as a possible mechanism for leaf senescence in herbaceous plants 
(Hensel et al. 1993), but the evidence for this remains controversial (Guo 
and Gan 2005). In Arabidopsis mutants and transgenic tobacco plants with 
reduced photosynthetic activity, age-dependent leaf senescence is delayed, 
compared with wild type (Miller et al. 2000; Woo et al. 2002). Reactive 
oxygen species resulting from an imbalance in carbon dioxide and light en-
ergy could also play a role. Reactive oxygen species are thought to integrate 
environmental stresses that induce leaf senescence, such as drought, heat, 
and intense light (Quirino et al. 2000).  

Figure 8-1. Patterns of leaf hydraulic conductance, from leaf expansion to leaf 
senescence in two evergreen species, Simarouba glauca (black circles) and Quercus 
oleoides (gray circles), and one deciduous species, Rhedera trinervis (open circles). 
Data represent mean values from five trees plus or minus SD. Redrawn from Bro-
dribb and Holbrook 2005.
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Alternatively, stomatal closure may influence leaf senescence via changes 
in the delivery of xylem-transported compounds. Nitrogen and hormones 
produced by the roots, such as cytokinins, are important regulators of leaf 
senescence (Guo and Gan 2005). In herbaceous species, soil nitrogen defi-
ciency leads to leaf sugar accumulation (Ono and Watanabe 1997), which 
in turn triggers the expression of senescence-associated genes (SAGs) (Rol-
land et al. 2006). The highly specific senescence gene SAG12 encoding a 
cysteine protease can be induced a hundredfold during leaf senescence by 
growing Arabidopsis plants in 2 percent glucose in combination with low 
nitrogen availability (Pourtau et al. 2004; Wingler et al. 2004). Cytokinins 
are also well known for their effects on leaf longevity. The external appli-
cation of cytokinins to leaves and the regulation by a senescence-specific 
promoter of a gene encoding an enzyme that catalyses the rate-limiting step 
of cytokinin synthesis results in delayed leaf senescence (Gan and Amasino 
1995, 1996). Moreover, experimental manipulations that impact transpi-
ration but not light levels or stomatal conductance have been shown to 

Figure 8-2. Diurnal changes in percent loss of native conductivity (PLC) for root 
xylem of four Cerrado woody species: Qualea parviflora, Kyelmera coriaceae, Blepha-
rocalyx salicifolius, and Byrsonima crassa (n = 5–6). Closed and open circles indicate 
midday and morning predawn measurements, respectively. Redrawn from Domec 
et al. 2006.
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induce senescence in A. thaliana, with decreased xylem cytokinin delivery 
being implicated as the causal link (Boonman et al. 2007). 

The potential for leaves and roots to act as hydraulic “fuses” that al-
ter the internal flows of both nutrients and growth regulators provides a 
new perspective on phenological diversity of SDTF trees. This framework 
points the way towards future studies of how differences between species 
in the hydraulic sensitivity of their roots and leaves are linked to temporal 
variation in the timing of leaf senescence. It also suggests a range of experi-
mental manipulations to disentangle how reductions in xylem transport 
influence the developmental transformations leading to leaf senescence and 
abscission. Furthermore, the sensitivity of the hydraulic properties of leaves 
and roots to a variety of environmental conditions, such as water, nutrient, 
and light availability, makes them good candidates to mediate the effects 
of climate change on leaf senescence. As the signal of the end of photosyn-
thetic activity, any modification to the timing of leaf senescence will play a 
key role in determining tree performance under changing environmental 
conditions. 

Mechanisms Associated with the Renewal of Leaves 

Two hypotheses have been put forward to explain the timing of leaf re-
newal among SDTF trees. The first proposes that day length provides an 
environmental cue that triggers budbreak (Borchert and Rivera 2001). 
This hypothesis has been advanced for brevi-deciduous and leaf-exchang-
ing species that exhibit low interannual variability in the timing of bud-
break (Rivera et al. 2002). Budbreak in these species occurred around the 
spring equinox within the same 10- to 15-day period for 3 consecutive 
years despite annual variations in rainfall (Rivera et al. 2002). Day length 
has also been suggested to regulate vegetative budbreak in stem succulent 
trees (Borchert and Rivera 2001; Rivera et al. 2002). Highly synchronized 
budbreak in Bursera simaruba and Pseudobombax septenatum, stem succulent 
species from Costa Rica, takes place several weeks before the start of the 
wet season and occurs without a measurable change in plant water status 
(Borchert and Rivera 2001). Moreover, the fact that budbreak in stem suc-
culent trees was not induced by significant rainfall during the dry season 
following a year of an El Niño–Southern Oscillation is consistent with a 
trigger independent of water availability (Borchert et al. 2002). Neverthe-
less, the fact that other studies of species that flush prior to the onset of 
the rainy season do not report such interannual constancy (Rojas-Jiménez 
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et al. 2007; Richer 2008) underscores the need for studies that include 
the experimental manipulations of mature trees. For example, the timing 
of leaf flushing in the late dry season of the deciduous tree Enterolobium 
cyclocarpum in Costa Rica can vary from year to year by as much as 3 weeks 
(Rojas-Jiménez et al. 2007). 

An alternative hypothesis focuses on rehydration of stems and buds, 
caused by either an increase in soil moisture or the abscission of aging 
leaves (Borchert 1994a). At a minimum, stem rehydration is likely to be 
a prerequisite for leaf flushing to meet the transpirational demands of new 
leaves and to restore the flow of nutrients and hormonal signals that initiate 
budbreak and leaf growth. In herbaceous plants, bud dormancy is known 
to be influenced by the balance of hormonal signals transported by the xy-
lem, such as growth inhibitors like abscisic acid and jasmonic acid, and 
growth-inducing hormones such as cytokinins (Horvath et al. 2003). Stud-
ies conducted in Costa Rica show that tree species that flush before the first 
rains of the wet season exhibit significant changes in stem water status prior 
to the renewal of meristem activity (Borchert 1994b). In Australian tropi-
cal savannas the onset of leaf flushing is well correlated with dry-season 
minimum leaf water potential, with leaf flushing taking place immediately 
after the initial rise in predawn water potential from the seasonal minimum 
value (Williams et al. 1997). A decline in leaf area in brevi-deciduous spe-
cies and leaflessness in deciduous species was associated with this rise in 
leaf water potential. Budbreak in deciduous hardwood trees can also be 
induced by soil irrigation. Vegetative buds broke in these trees a few days 
after rehydration, and leaves were fully expanded after a couple of weeks 
(Borchert 1994a). 

The renewal of leaves followed by stem rehydration reflects seasonal 
dynamics of stem hydraulic conductance in SDTF trees (fig. 8-3). Ever-
greens have relatively constant stem-specific hydraulic conductivity (Ksp, 
with only minor increases in Ksp) early in the wet season (Brodribb et al. 
2002) that may allow them to exchange their leaves in the dry season. Ksp 
remains almost constant in the evergreen Curatela americana, while Sima-
rouba glauca and Quercus oleoides exhibit moderate declines in Ksp relative to 
wet season values. In contrast, the hydraulic conductance of the stems in 
deciduous species exhibits a variety of responses before leaf shedding (Bro-
dribb et al. 2002). For example, stem hydraulic conductivity in  Rhedera 
trinervis drops to 15 percent of the maximum wet season value, while in C. 
candidissimum Ksp does not vary significantly between wet and dry seasons. 
The conservation of hydraulic conductance in some deciduous species may 
be a mechanism to allow meristem hydration during soil rewetting, as in C. 
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Figure 8-3. (A) Rainfall during the study period at Santa Rosa National Park. 
Lower panels show patterns of mean stem-specific hydraulic conductivity (Ksp) plus 
or minus SE (n = 4) in the 12 species studied. (B) Deciduous species: Bursera 
simaruba (open squares), Enterolobium cyclocarpum (open circles), Calycophyllum 
candidissimum (open diamonds), Rhedera trinervis (open triangles point down), and 
Gliricidia sepium (open triangles point up). (C) Brevi-deciduous species: Byrsonima 
crassifolia (gray triangles), Hymenaea courbaril (gray squares), Swietenia macrophylla 
(gray circles), and Manilkara chicle (gray diamonds). (D) Evergreen species: Cura-
tella americana (black squares), Simarouba glauca (black circles), and Quercus oleiodes 
(black triangles). Redrawn from Brodribb et al. 2002.

(A)

(B)

(C)

(D)
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candidissimum, a tree that flushes its leaves at the onset of the rainy season. 
In deciduous stem succulent trees, early leaf flushing during the dry season 
may rely instead on water stored within their stems and roots (Chapotin et 
al. 2006; Rojas-Jiménez et al. 2007). The recovery of Ksp in dry-season leaf-
flushing deciduous trees without large amounts of stem water storage may 
result from the formation of new wood (Brodribb et al. 2002).

Many SDTF trees recover their hydraulic capacity prior to producing 
new leaves. The mechanisms by which hydraulic recovery can occur with-
out the formation of new wood are only partially understood. An increase 
in root hydrostatic pressure caused by the accumulation of solutes in the 
root stele can refill cavitated vessels by forcing air into solution. A broad 
range of tropical vines and woody species have been shown to develop root 
pressures (Fisher et al. 1997), but at present there is only limited evidence 
for root pressure in SDTF trees (J. Wheeler, unpublished data). The ability 
to refill cavitated vessels despite tension in the water column in the xylem 
has been reported in a number of cerrado species (Bucci et al. 2003; Do-
mec et al. 2006), although whether this contributes to seasonal patterns in 
meristem activity in SDTF trees is not known. 

Hydraulic redistribution, which transports water from deep, wetter 
sources to shallow, drier soil layers, may be another mechanism facilitat-
ing leaf flushing near the end of the dry season (Scholz et al. 2002). Water 
uptake of taproots and reverse flow into the soil in lateral roots have been 
observed during the dry season in brevi-deciduous tropical savanna trees 
Byrsonima crassa and Blepharocalyx salicifolius and the evergreen Styrax fer-
rugineus (Scholz et al. 2002; Moreira et al. 2003). Hydraulic redistribu-
tion may contribute to leaf flushing in tropical savanna plants by enhancing 
nutrient uptake and facilitating symbioses with mycorrhizae and nitrogen-
fixing bacteria (Scholz et al. 2002). In nutrient-rich upper soil layers, water 
supply by hydraulic lift can facilitate soil ion diffusion and uptake by fine 
roots (Caldwell et al. 1998). Hydraulic lift in herbaceous plants, for exam-
ple, enhances phosphorus and potassium root uptake in dry and nutrient-
poor soils (Rose et al. 2008). 

Conclusions

As the nexus of carbon, nutrients, and hormones, the plant vascular sys-
tem has the potential to act as a master signaling system influencing the 
activity and longevity of both meristems and leaves. Although complex 
developmental processes such as leaf flushing or senescence are unlikely 
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to be regulated by a single mechanism, the plant vascular system is well 
positioned to integrate the wide range of environmental and age-related 
factors affecting leaf phenology. Furthermore, the environmental sensitiv-
ity of plant hydraulic conductance may confer an adaptive advantage to 
regulating leaf phenology in the diverse microenvironments and climatic 
variability of SDTF ecosystems. 

Conservation of SDTF will rely on models predicting the effects of 
climate change on ecosystem function and tree community ecology. Leaf 
phenology is a main factor affecting the interannual variability in carbon 
uptake of deciduous forests (Goulden et al. 1996), while the incorporation 
of seasonal dynamics in plant vascular conductance has been shown to have 
an important contribution to models of carbon and energy exchange with 
the atmosphere in tropical forests (Williams et al. 1998). A physiological 
understanding of leaf phenology will enable ecosystem dynamic models 
to predict changes in the distribution and abundance of SDTF trees with 
diverse phenological strategies. Elucidating the mechanisms that regulate 
patterns of leaf production and persistence will also improve our ability 
to predict seasonality in tree-herbivore interactions and thus shed light on 
the maintenance of seasonally dry forest diversity in future climate change 
scenarios (Leigh 1999). 



Chapter 9

Water Dynamics at the Ecosystem Level  
in Seasonally Dry Tropical Forests

Manuel Maass and Ana Burgos

Water availability is one of the most important factors controlling species 
distribution in terrestrial ecosystems (Holdridge 1967). Organisms have 
developed remarkable physiological adaptations to withstand, avoid, or 
tolerate water limitations. It is crucial to recognize and understand these 
adaptations, and there is an ample literature addressing this subject. How-
ever, very few of these studies have focused their attention on seasonally dry 
tropical forest (SDTF) species, and fewer still have examined the study of 
water dynamics at the ecosystem level. This is the aim of this chapter. 

The ecosystem approach relates to the study of the movement of en-
ergy, water, chemicals, nutrients, and pollutants into, out of, and within 
ecosystems. With this approach ecosystems are explored as whole, com-
plex systems, and the spatial, temporal, and organizational complexity of 
the system is included in any attempt to describe or model the ecosystem 
(Pickett et al. 2005). Specifically, this approach aims to improve our un-
derstanding of ecosystem behavior by identifying probable states, thresh-
olds between states, feedback loops, and the overall system capacity to re-
spond to disturbances. Only when all this information is synthesized is it 
possible to reveal ecosystem dynamic properties (Kay et al. 1999; Milne 
1999). Unfortunately, this ecosystem approach is rarely used in the study 
of SDTFs. Most available literature on hydrology issues in SDTFs refers 
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to water use or water limitations for particular species (ecophysiological 
approaches) or particular life-history traits of tree species and vegetation 
structure features, without a clear analysis of how water flows and interacts 
within the larger ecosystem context. Very few studies deal with hydrologi-
cal process at the ecosystem level (rainfall, infiltration, evapotranspiration, 
runoff, leaching, etc.), and almost none look for an integrated analysis of 
the spatial, temporal, and organizational complexities and the role of wa-
ter processes on them. 

In this chapter we will attempt to organize the current knowledge 
about water dynamics at the ecosystem level, using two different tech-
niques: a classical forest hydrology description and a more integrated analy-
sis using an ecosystem approach, as described above. In the first part of this 
review, entrance and movement of water through the SDTF is examined. 
Particularly, emphasis is placed on reviewing longer-term responses (sev-
eral years) rather than just single-year, seasonal (wet-dry) dynamics. Major 
sources of water in the ecosystem are identified, as well as the factors con-
trolling water availability in space and time. A description is given on how 
water characteristics (i.e., quality, quantity, and regime) change as water 
flows through the vegetation and soil profile, as well as how topography re-
distributes water, creating environmental heterogeneity and promoting the 
development of tree functional types. Finally, a brief discussion is presented 
on how SDTFs may respond to climate change. 

In the second part of the review, we attempt to begin unraveling the 
hydrological connections in SDTFs, using three different types of analysis 
that are consistent with an ecosystem approach. First we employ a mecha-
nistic approach, exploring the causal relationships between plant life-history 
traits and hydrological factors conditioning successional outputs. Second, 
we explore the available knowledge on hydrological connections underly-
ing the system’s behavior based on the analysis of tightly linked variables 
(e.g., primary productivity and rainfall patterns), the existence of lag effects, 
system trajectories, alternative states, multicausalities, thresholds, bifurca-
tion points, irreversibility, and the revelation of nonlinear dynamics. Fi-
nally, we take a socioecosystem perspective, in which we examine human 
interactions with and disturbance of natural hydrological processes. 

Forest Hydrology in the Tropical Dry Forest Ecosystem

Even though water is the most limiting factor for the SDTF, not much has 
been written about this key ecosystem component.
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Rainfall Variability

Rainfall seasonality is the most conspicuous hydrologic characteristic of 
SDTF. Frequently, more than 80 percent of annual precipitation occurs 
within 5 months. During the wet season, rainfall averages greater than 100 
millimeters per month, which allows for the development of a dense, if 
rather short in stature (10 to 15 meters high), forest-type vegetation (Hol-
brook et al. 1995). In contrast, during the dry season, average monthly 
precipitation is less than 10 millimeters, creating conditions so dry that 
most trees drop their leaves as a mechanism to deal with the lack of water. 
Trees respond fast to the onset of the rainy season, and a leaf area index as 
high as 4 square meters leaf per square meter can be reached within a few 
days after the first rains (Moreno 1998).

Interannual rainfall variability is also a common characteristic of SDTF. 
Figure 9-1 shows examples for three distinct SDTF sites. The differences 
can be fivefold between the wettest and the driest year, in a 50-year series. 
Enquist and Leffler (2001) found a mild relationship between the South-
ern Oscillation Index and annual precipitation in Guanacaste, Costa Rica, 
with El Niño years being significantly drier than La Niña years. García-
Oliva et al. (1991) report a significant influence of the California Current 
as a source of rainfall variability in the Chamela region.

Small rainfall events (less than 20 millimeters) dominate the frequency 

Figure 9-1. Interannual variation in precipitation in lowland Guanacaste (Enquist 
and Leffler 2001), Zoh Laguna, Yucatán, Mexico (Lawrence and Foster 2002), and 
Chamela, Jalisco, Mexico. 
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 distribution, and few large storms (greater than 50 millimeters) determine to-
tal annual rainfall. In Chamela, for example, only 7 percent of the rainfall events 
are greater than 50 millimeters, but these events, associated with hurricane ac-
tivity, deliver 42 percent of the total precipitation (García-Oliva et al. 2002). 

This high interannual rainfall variability causes high variation in the 
length of the growing season (Maass et al. 1995), which can be as short 
as 3 months or as long as 7.5 months. Interestingly, the onset of the rainy 
season is significantly more regular (plus or minus 7 days) than the end of 
the growing season (plus or minus 28 days). 

Water Entering into the Ecosystem

Lilienfein and Wilcke (2004) reported a significant increase in element con-
centration as the rainfall water passes through the canopy in the Brazilian 
cerrado. The source of this element enrichment comes from soil dust carried 
by the wind and from leaf leaching or dead organic matter (branches and 
leaves) decomposition. The former source of elements is particularly impor-
tant, since substantial aboveground dead biomass lies or hangs on the can-
opy of SDTF. This has been reported by Maass, Jaramillo et al. (2002) for 
Chamela, where two-thirds of the total aboveground necromass is located 
(and decomposes) more than 30 centimeters above the soil surface. When 
all this dead material was experimentally removed from the canopy, there 
was a significant reduction in nutrient concentration of the throughfall. 

A thick leaf litter layer on the forest floor peaks at the end of the dry season 
(Martínez Yrízar 1995). Therefore, interception can be as high as 100 percent 
during a small storm (less than 5 millimeters), which describes about one-third 
of the rainfall events in the Chamela region (Cervantes 1988). Annually, as 
much as 21 percent of total rainfall is intercepted by the canopy (Burgos 1999), 
and the leaf litter on the forest floor intercepts an additional 6.5 percent. 

In areas of intense hurricane storm events, rainfall erosivity can be as 
high as 13,000 MJ millimeters per hectare per hour (García-Oliva et al. 
1995). Without litter protection, soil erosion rates increase by several or-
ders of magnitude (Maass et al. 1988). 

Soil-Water Dynamics

Usually, SDTF soils briefly reach field capacity only during a strong storm 
event. Plant species in SDTF have developed highly diverse strategies to cope 
with this low soil water availability. Borchert (1994b) has identified more 
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than 10 functional tree types, based on differences in their wood density, root 
length, leaf resistance, and access to water during the dry season. One common 
feature, according to Canadell et al. (1996), is that trees in SDTF have signifi-
cantly lower average root depth than do those in tropical evergreen forest and 
even tropical savanna, mainly as a result of negligible groundwater availability. 
According to Holdridge (1967), total annual potential evapotranspiration in 
SDTF can be as high as four times its annual precipitation. Therefore, transpi-
ration is the most important output flux of water in the ecosystem, and there 
is a transpirative water deficit most of the year (fig. 9-2). It is common that 
as much as 90 percent of the annual rainfall returns to the atmosphere as an 
evapotranspirative flux, as is the case in Chamela (Burgos 1999).

The combined effect of water availability and the potential evapotrans-
piration/precipitation ratio (“dryness index”) determines the type of domi-
nant tropical biome found in a region. SDTFs occur in sites where the po-
tential evapotranspiration/precipitation ratio is slightly higher than 1 (fig. 
9-3). But the particular type of SDTF depends on water availability. On the 
dry extreme (sites with low storage of soil water and no access to ground-
water), a deciduous SDTF dominates the landscape, whereas semidecidu-
ous SDTF can develop in areas where some water accumulates in the soil. 
In areas where trees have access to groundwater, a perennial tree stratum 
develops in conjunction with a deciduous under-canopy stratum, as is the 
case in savannas or tropical woodlands. 

Runoff and groundwater recharge are minor components of total 

Figure 9-2. Water balance over a year in the tropical deciduous forest at Chamela, 
Jalisco, Mexico (Burgos 1999). Et = evapotranspiration.
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 ecosystem water balance (fig. 9-2). In Chamela, a series of 20 years has an 
average runoff of 45 millimeters, which represents only 7 percent of total 
annual precipitation (Cervantes et al. 1988; López-Guerrero 1992; Maass, 
Martínez-Yrízar et al. 2002). However, runoff is the major source of water 
for human settlers on SDTF environments, making water availability the 
most limiting factor for socioeconomic development. This water restriction 
may be exacerbated under climatic change scenarios, as hydrological mod-
els forecast an increase in evapotranspiration and a reduction in runoff in 
higher-temperature scenarios. Even in simulations of plant responses where 
stomata resistance is doubled, a 70 percent reduction in runoff is forecast 
for a 20 percent increase in average air temperature (Vose and Maass 1999). 

Searching for Hydrological Connections  
in Tropical Dry Forest Ecosystems

In SDTF, hydrological processes strongly control rates and timing of es-
sential ecosystem processes, such as species establishment, primary pro-
duction, and nutrient dynamics. Hydrological processes also play a role in 

Figure 9-3. Abiotic factors controlling tropical ecosystems distribution.



Water Dynamics at the Ecosystem Level 147

the spatial distribution of vegetation and dynamics along environmental 
gradients (i.e., the spatial dimension) and are important factors that ex-
plain vegetation successional pathways after anthropogenic perturbation 
(i.e., the temporal dimension). In a similar way, humans and their pro-
ductive activities are closely coupled to rainfall patterns and hydrological 
processes within the ecosystem. All these connections result in an insepa-
rable  “water-regulated” socioecosystem, present all over the dry tropics, 
with emergent properties at different levels of organization. In this section, 
three approaches are used as an example of complementary points of view 
for searching hydrological connections in SDTF. 

The Mechanistic Approach:  
Hydrological Connections and Plant Cycle Stages

Life-history traits of tropical dry forest species have been the focus of many 
studies on topics as diverse as seed ecology and seedling growth (Khurana 
and Singh 2001), plant dispersal traits (Gillespie 1999), phenological 
rhythms (McLaren and McDonald 2005), and species-specific biological 
effects on forest regeneration (Vieira and Scariot 2006). Water has been 
recognized as a strong structuring factor in SDTF. However, the identifica-
tion of connections between hydrological processes and plant cycle stages 
from a causal point of view has not been explored enough. This kind of 
mechanistic analysis can be performed using causal-loop diagrams in a kind 
of systems thinking tool consisting of arrows connecting variables (things 
that change over time) in a way that shows how one variable affects an-
other (Saysel and Barlas 2001; Spector et al. 2001). In this section, two 
main plant cycle stages were searched for hydrological connections using 
causal-loop diagrams: (1) predispersal stage--seed production, seed disper-
sal/predation (fig. 9-4) and (2) postdispersal stage--seed germination and 
seedling emergence (fig. 9-5). In this exercise, primary factors that trigger a 
chain of intermediate conditions are represented by squares. State variables 
of fast change (i.e., with short-time life) are shown with ovals. Resulting 
processes are represented by rounded rectangles (rectangles with trimmed 
corners), and specific supplies (such as seeds and reproductive trees in the 
first example) are indicated with thick arrows. 

Processes of seed production, dispersal, and predation determine 
propagule availability at the landscape level and play an important role in 
defining successional pathways (Pickett et al. 1987). In SDTF, the rela-
tionship of these processes with ecosystem hydrological dynamics is mainly 
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known in an evolutionary sense (ultimate causes), but ecological connec-
tions (proximal causes) are less understood. 

Concerning ultimate causes, two general patterns have been described 
linking seed production with hydrological conditions. First, according to 
the germination hypothesis (Van Schaik et al. 1993), the peak of seed dis-
persal occurs mainly between the last 2 months of the dry season and the 
first month of the rainy season (Gillespie 1999; Justiniano and Frederick-
sen 2000; Griz and Machado 2001; Grombone-Guarantini and Ribeiro-
Rodrigues 2002; McLaren and McDonald 2005), since plants of SDTF 
adjust the fruiting time to precede the optimal time for germination. The 
second general evolutionary pattern describes a positive relationship be-
tween the percentage of wind-dispersed species and the length of the dry 
season and recognizes the predominance of animal-dispersed tree species 
when the rainy season is longer (Ibarra-Manríquez et al. 1991). 

In contrast, proximate causes to explain connection of seed produc-

Figure 9-4. Causal-loop diagram of seed production, seed dispersal, and predatory 
effects on seeds.
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tion with hydrological processes in SDTF have been less evident, and only 
some elements for building hypotheses can be presented (fig. 9-4). It was 
observed that the production of viable seeds is highly variable among years 
but that a regular pattern can be found among species (Fredericksen and 
Mostacedo 2000; Marod et al. 2002). Most trees species of SDTF require 
carbohydrates and nutrients for fruit production when water is unavail-
able in the late dry season; therefore those carbohydrates and nutrients 
stored in stem and root tissues during the wet season must be translocated 
to the buds. Available water in the preceding wet season, resulting in tree 
energy balance and nutrients, could be the most important abiotic factor 
determining fruit production in these tree species. However, the strength 
of this relationship can vary among different phenological patterns (e.g., 
species flowering in dry vs. wet season) or between groups of individuals 
located at different topographical positions in the landscape (Murali and 
Sukumar 1994).

In addition to seed production, the stock of available seeds at land-
scape level is also affected by dispersal and predation. Wind-dispersed tree 
species are abundant in SDTF. Many of them are attacked by insects that 
colonize flowers or fruits, promoting, in some cases, the miscarriage of 

Figure 9-5. Causal-loop diagram of seed germination and seedling emergence. 
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the embryos (see also chap. 6). Some vertebrates, such as rodents and 
bats, can also impact the stock of viable seeds of particular species by pre-
dation when fruits reach the ground (Pizo and Oliveira 2000; chap. 6). 
In the case of vertebrates, years with longer wet seasons than average have 
less extreme conditions in the following dry seasons, with more food and 
water available (Dirzo and Domínguez 1995; Valenzuela 2002). How-
ever, these connections between annual rainfall variation and population 
dynamics processes in predator species are scarcely known. In general 
terms, the hydrological connections behind seed production, dispersers 
and predators, and seed availability of trees in SDTF seem to be mostly 
weak and indirect, and there are several gaps of information to fill before 
being more conclusive. 

Seed germination/seedling emergence is another important plant 
life stage that can be explored using causal diagrams (fig. 9-5). The mi-
croclimate surrounding seeds is affected by both water vapor deficit and 
soil surface moisture. Water vapor deficit depends on direct solar radiation 
reaching the soil, a condition affected by primary factors such as canopy 
openness, slope position, inclination, and exposition. Soil surface mois-
ture, on the other hand, is mainly dependent on the sequence of rainy days 
along the rainy season, and even small rainfall events are important. For 
example, rainfall events less than 5 millimeters, common in SDTF, have no 
impact on soil water recharge. However, small water pulses are capable of 
moistening a few centimeters of litter or superficial soil, promoting condi-
tions for seed germination. 

The rate of seedling emergence in dry forests peaks at the start of the 
rainy season, probably an adaptation to take advantage of as much of the 
wet season as possible for growing (Garwood 1983). However, the time 
and conditions when seeds become permeable to water vary among spe-
cies, since they are related to factors such as time of dispersal, seed char-
acteristics, length of dormancy, and the previous action of natural agents 
on their germinative coats (Khurana and Singh 2001; Marod et al. 2002). 
Therefore, water vapor deficit and soil surface moisture trigger germina-
tion only in the cases of seeds with soft seed coats and high permeability. 
These seed types are frequently dispersed late in the dry season or early in 
the wet season (Blakesley et al. 2002). In the case of seeds with hard and 
very hard coats, the permeability must be included as an intermediate con-
dition determining germination (fig. 9-5). Permeability of coats is affected 
by primary factors acting on seed coats several months prior to the wet 
season. Physical scarification can be provided by factors such as hydration-
dehydration pulses. For example, seeds of Cordia elaeagnoides (an abundant 
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wind-dispersed species that fruits at the end of the wet season) show very 
low or no germination in the case of new seeds (taken directly from trees). 
However, “older” seeds (taken from the soil under the trees) under similar 
conditions germinate. It was proposed that rainfall anomalies, such as late 
rains in the wet season and early rains in the dry season, may control estab-
lishment in discrete episodes for many years for C. elaeagnoides (Bullock 
2002). Such hydration-dehydration pulses can be created by extemporane-
ous showers during the dry season that moisten the soil surface under in-
tense solar radiation conditions, as well as dry spells during the wet season 
that create a lapse of dryness within a period of dampness (fig. 9-5). Given 
these relationships between rainfall pattern and germination types, differ-
ent associations can be found. The germination of seeds with soft coats is 
favored by a sequence of small but continuous rainfall events and cloudy 
days at the start of rainy season. These seeds can also be negatively affected 
by dry spells (Vieira and Scariot 2006). On the other hand, germination of 
seeds with hard and very hard coats could be favored by the interruption 
of rainfall events at the start of the rainy season, and these seeds usually 
germinate asynchronously along the rainy season (fig. 9-5). Similarly, the 
interruption of wet conditions by dry spells early in the wet season has 
been suggested as the major obstacle for seedling recruitment (Ray and 
Brown 1995), but these conditions promote a gradual reduction and even 
total loss of dormancy, a phenomenon exclusive to seeds subjected to low-
humidity conditions (Khurana and Singh 2001). Each different combina-
tion of rainfall conditions during dry and wet seasons provides conditions 
for different germination types. The high interannual rainfall variability and 
the rolling landscapes usually associated with SDTF seem to be cofactors 
creating highly variable hydrological conditions, not only at micro spa-
tial scales (within a few meters), but also at small temporal scales (within 
months or years). This hydrologic variability is reflected in the high beta 
diversity observed in these SDTFs (Balvanera et al. 2002) and may explain 
the lack of a clear regeneration pattern in these forests after disturbances 
(Kennard 2002). 

The hydrological connections to seed germination and seedling 
emergence are better known and apparently stronger than connections 
to other plant life cycle stages. As described above, causal diagrams help 
to reveal the hydrological connections and the existing knowledge about 
them. Vegetative and reproductive phenology and other plant cycle 
stages, such as plant establishment, growth, survival, tree coppicing, and 
mortality, can also be reviewed with this approach. A combination of the 
analyses of plant cycle stages and hydrological processes can provide a 
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more complete understanding of the role of water in the full dynamics 
of the ecosystem, and novel hypotheses to understand the functioning of 
SDTF can be established. 

The Ecosystem Approach

From an ecosystem perspective, hydrological connections must be exam-
ined using large spatial and temporal scales for capturing spatial heteroge-
neity and temporal variability in hydrological conditions.

Spatial heterogeneity in dry forest is usually high when rolling topog-
raphies dominate the landscape. In this case, site water balance shows im-
portant differences according to topographical positions (ridges, slopes, 
or valleys), slope exposure (north, south), and soil properties (e.g., tex-
ture, percent organic matter). The importance of temporal variability in 
hydrological conditions becomes evident when interannual rainfall pat-
terns are recognized, because contrasting climatic water balance regimes 
appear between dry and wet years. This interannual rainfall variability has 
effects on ecosystem function that are not direct and linear. To exemplify 
these relationships, figure 9-6 shows hypothetical connections between 
rainfall and ecosystem state variables such as net primary productivity, 
litter standing crop, recruitment, coppicing, cattle herd size, grazing in-
tensity, and soil erosion, as well as the delayed effects of the preceding 
year’s rainfall. In this analysis, data for each state variable in a particular 
year are presented under three standard conditions: at the maximum, av-
erage, and minimum values of its known range. Using a long series of 
rainfall data from the locality of Churumuco, Michoacán, Mexico, four 
common situations were analyzed: two dry years (1941 and 1960) with 
about 520 millimeters of annual rainfall, which is 18 percent under the 
average rainfall; and two wet years (1968 and 1992) with about 850 mil-
limeters, which is 34 percent above the average. The first selected dry year 
(1941) was preceded by two drier years. Under this condition, all state 
variables show their values at the minimum of the range, meaning that all 
ecosystem processes were occurring at very low rates, generating no (or 
little) change of state. However, the second selected dry year (1960) was 
preceded by two wetter years and thus represents a transitional regressive 
state where some variables, like overgrazing, cattle herd size, and standing 
litter levels, remain at high values, as a legacy (inertia) of the preceding 
wet years. Some other state variables, such as recruitment and coppic-
ing, are in the middle range of values, showing some response to rainfall 
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conditions. Finally, there are other state variables of immediate response, 
such as soil moisture and net primary production, which show values at 
the minimum of the potential range. 

The third and fourth cases analyzed correspond to a situation oppo-
site to the previous two. In 1968, a wet year was preceded by two very 
wet years, and presumably all state variables would show their maximum 
rates. However, in a similarly high rainfall year (1992), the very dry preced-
ing years should push the ecosystem to another transitional state in which 
slow-response variables, such as standing litter levels or cattle herd size, 
would show the legacy (inertia) of previous dry years with their minimum 
values, while fast-response variables, such as soil moisture and net primary 
production, would show their maximum (fig. 9-6). The recognition of this 

Figure 9-6. Hypothetical ecosystem responses to interannual rainfall variability. 
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interannual dependence on the preceding year’s rainfall is a key component 
to correctly interpreting ecosystem processes occurring at a particular time. 

A Socioecological System Approach

Studies on vegetation structure in SDTFs have increased in recent years in 
an effort to elucidate the successional dynamics of ecosystems affected by 
anthropogenic land use change (Maass 1995; González-Iturbe et al. 2002; 
Kalacska et al. 2004; Ruiz et al. 2005). However, the understanding of 
the structural patterns of these forested landscapes requires a more inte-
grated, multidimensional approach, including the study of social factors 
driving local management decisions. Studies about resilience, vulnerability, 
and adaptability of entire ecosystems are important for understanding eco-
systems’ behavior and evolution and for building scenarios to face the un-
certainty of future conditions. Recently, more holistic conceptualizations 
have emerged in concepts such as socioecological systems (Gallopin 2006; 
Young et al. 2006), coupled human-environment systems (Turner, Kasper-
son et al. 2003), or coupled human-natural systems (Walsh 2008). Tropical 
dry forests around the world are mainly inhabited by poor farmer families 
with lifestyles highly coupled with environmental dynamics. Thus they can 
be seen as socioecological systems where people’s lives are strongly affected 
by the intra-annual and interannual rainfall variability. Turner, Matson et al. 
(2003) used a coupled human-environment system perspective to analyze 
the vulnerability of the socioecological system of a tropical dry forest in 
the Yucatán and recognized that water stress and hurricanes are two envi-
ronmental hazards strongly affecting the farmers’ lives. Their productive 
options are usually restricted to subsistence agriculture and cattle ranching. 
Annual rainfall variability brings about a high level of uncertainty, making 
short-term benefits highly unpredictable and making it difficult for farmers 
to plan and decide about management options. Thus, for example, cattle 
ranching is a common livelihood, since it offers a more rapid and adaptable 
way to face climatic uncertainty and because, in case of rainfall failure, it 
incurs lower costs than agriculture (Burgos and Maass 2004). Agriculture 
is limited by a very short and variable rainfall period, implying high risks, 
since crops can be completely lost in years of low rainfall or unusual intra-
annual distribution (e.g., dry spells within the wet season), which result 
in the loss of farmers’ investments. The close relationships among annual 
meteorological conditions, ecological processes, and economic activities 
create the high vulnerability of these socioecological systems. In Mexico, 
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for example, annual rainfall, forage availability, water availability, and cattle 
stocks seem to be tightly woven in complex relationships, with lag effects 
and inertial behavior that are better understood from a long-term perspec-
tive. Overgrazing is expected to be greatest during a dry year preceded by 
two wet years (see 1960 in fig. 9-6), whereas it is expected to be least dur-
ing wet years preceded by dry years (1992). Other social processes, such as 
emigration and abandonment of traditional agricultural jobs, also seem to 
be associated with sequences of dry years, among other factors.

Conclusions

Water is the most limiting factor for the function of dry tropical forest 
ecosystems. Water inputs occur mainly as rainfall, which is strongly sea-
sonal and highly variable between years. The beginning of the rainy season 
seems to be more predictable than the end of the growing season. Quantity, 
quality, timing, and energy of the water change as it passes through the 
canopy and the soil profile. Soil water is highly dynamic and dependent 
on rainfall distribution during the rainy season. Topography has a major 
impact on soil water distribution and availability. Potential evapotranspira-
tion is much higher than precipitation, with transpiration being the most 
important output flux of water in the ecosystem. Runoff flow values are 
very low and mostly affect the subsurface. The El Niño/Southern Oscil-
lation has a strong influence on annual rainfall but does not completely 
determine the water dynamics in these ecosystems. Hydrological models 
forecast an increase in evapotranspiration and runoff reductions under 
higher- temperature scenarios. Rainfall history (preceding rainfall) highly 
influences forest dynamics under natural conditions as well as under man-
agement and recovery. Water dynamics in forest succession is a promising 
field of research. 

Beyond the traditional hydrological analysis, this review used a systems 
approach to search for hydrological connections in the tropical dry forest 
ecosystem. First, a mechanistic view was used to recognize causal relation-
ships among hydrological factors and determinant processes of plant life 
cycles. Seed production (including dispersal and predation), as well as seed 
germination (including early establishment), was used as an example of 
how to synthesize complex hydrological information and how to formulate 
new hypotheses. Second, the review explored available knowledge about 
hydrological connections behind the system behavior. Interactions among 
rainfall-related variables of different temporal characteristics were recog-
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nized. The hypothesis that different ecosystem states exist in years that have 
the same total annual rainfall but different preceding wet or dry years was 
analyzed. Finally, the use of a socioecological systems approach was empha-
sized, in which the human component is analyzed in its interaction with 
hydrological processes. The close relationships among annual meteoro-
logical conditions, ecological processes, and economic activities create the 
high vulnerability of this socioecological system. The need for new, more 
integrative and creative approaches was recognized, as they are the keys to 
fully understanding the connections among hydrological conditions and 
land use, social variables (such as migration and agriculture abandonment), 
livestock dynamics, and long-term changes in land cover.
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PART IV

Human Impacts and Conservation  
in Seasonally Dry Tropical Forests



Seasonally dry tropical forests (SDTFs) were recognized as the most endan-
gered major tropical ecosystem in 1988 because of their high deforestation 
rates (Janzen 1988c). Maass (1995) analyzed the effect of conversion of 
SDTF to agriculture and pastures on ecosystem processes. He concluded 
that the main consequences of these conversions were (1) reduction in spe-
cies diversity, (2) reduction in soil vegetative cover, (3) disruption of the 
water cycle, (4) changes in nutrient status, and (5) losses of nutrients from 
ecosystems through different pathways. 

Unfortunately, the rates of deforestation of SDTF in Latin America 
have not decreased since the mid 1990s (chap. 3, 15). We review the state 
of knowledge on the consequences of SDTF transformations in the Neo-
tropics due to land use change on biogeochemical ecosystem processes, 
based on the previous review by Maass (1995). Thus, we consider changes 
in carbon, nitrogen, and phosphorus pools (i.e., biomass and soil) and al-
teration of nutrient dynamics, including processes controlling soil nutrient 
availability and mineralization. The effects occur at two temporal scales: in 
the short term, like the consequences of slash and burn, and in the longer 
term, after several years of management. The studies covered in the present 
chapter are based on three SDTF sites: Chamela (Jalisco, Mexico), Caat-
inga (Pernambuco, Brazil), and the Cerrado (Brasilia, Brazil) because these 
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sites have been studied for several years and their data can be compared. 
Strictly, Cerrado does not belong in SDTF (see chap. 1) but is used for 
comparative purposes as a seasonally dry tropical ecosystem.

The disruption of biogeochemical cycles is not only related to deple-
tion of soil fertility and plant production in specific sites, it also affects 
global cycles by increasing the emission of greenhouse gases or by decreas-
ing the efficiency of greenhouse gas sinks. For example, deforestation in 
Latin American tropical forests accounts for an important amount of car-
bon emissions, with an estimated annual rate of 0.75 petagram carbon per 
year (Houghton 2003).

Aboveground Biomass and Nutrient Pools

The higher storage of nutrient pools in aboveground biomass of tropical 
forest ecosystems (Trumbore et al. 1995; Kauffman et al. 1998; Hughes et 
al. 2000) makes them more vulnerable to disturbances (deforestation, fire, 
etc.) than temperate forests (García-Oliva, Hernández et al. 2006). Slash 
and burn is commonly used in SDTF conversion in Latin America (Maass 
1995) because fire is an inexpensive tool and improves the productivity 
of cattle pastures (Kauffman et al. 1998). Several authors have reported 
increases in soil fertility following fire (Raison 1979; Ramakrishnan and 
Toky 1981; Buschbacher et al. 1988; Bruijnzeel 1990; García-Oliva and 
Maass 1998), but they are short-lived (Singh 1989; Srivastava and Singh 
1989; Tiessen et al. 1992; García-Oliva and Maass 1998). The reduction 
in available nutrients in the soil is explained by fire disruption of the main 
soil nutrient sources: aboveground biomass, soil organic matter, and soil 
microbial biomass (Walker et al. 1986; Giardina et al. 2000b).

Very few studies on the impact of slash and burn on aboveground bio-
mass and nutrients have been conducted in SDTF in the Neotropics (see 
Kauffman and Kauffman et al. 1993, 2003). Fire in SDTF of Mexico and 
Brazil decreased aboveground biomass by 62 to 78 percent with low fire 
severity and up to 80 percent with high fire severity (table 10-1). Conse-
quently, nutrient pools in aboveground biomass were also depleted; losses 
of carbon were 62 to 96 percent, losses of nitrogen 67 to 96 percent, and 
losses of phosphorus 4 to 56 percent (table 10-1). But the nutrient pools 
measured in aboveground biomass after fire included their contents in the 
ash derived from burned vegetation (Kauffman et al. 1993; Steele 2000), 
which may not be completely incorporated into the soil. Giardina et al. 
(2000a) estimated that 74 percent of nitrogen and 55 percent of phos-
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phorus contents in ash were lost by wind erosion before the first rainfall 
events, thus increasing the depletion of nutrient pools due to slash-and-
burn management. Additionally, nutrients may also be lost from the upper 
soil because of root consumption by fire. For example, fine-root biomass 
(less than 1 millimeter in diameter) was decreased by 51 percent in the top 
2 centimeters of soil by fire in the Chamela SDTF region (Castellanos et 
al. 2001). Although the seeding of pasture grasses increases aboveground 
biomass after slash and burn, it represents a small proportion of prefire 
forest biomass. For example, total aboveground biomass in 2-year-old and 
13-year-old pastures was 30 percent and 18 percent, respectively, of that in 
the forest (Jaramillo et al. 2003). Similarly, fine-root production decreased 
50 percent the first growing season following the slash fire (Castellanos et 

Table 10-1. Total aboveground biomass and aboveground pools of carbon, nitro-
gen, and phosphorus before and after fire in two Latin American seasonally dry 
tropical forest sites 

High fire severity Low fire severity

Prefire Postfire % loss Prefire Postfire % loss Source

Aboveground  
biomass  
(Mg ha–1)

 

Brazil 73.7 (1.9) 4.0 (1.1) 95 73.8 (2.7) 16.4 (2.9) 78 1

Mexico 134.9 (1.4) 26.8 (4.1) 80 118.2 (2.8) 43.6 (1.4) 62 2

C content  
(Mg ha–1)

Brazil 33.7 (1.9) 2.7 (0.5) 96 33.6 (4.2) 9.0 (1.5) 73 1

Mexico 64.7 (0.6) 13.6 (2.0) 80 56.5 (1.3) 21.6 (8.0) 62 3

N content  
(kg ha–1)

Brazil 547 (33) 21 (4) 96 539 (44) 110 (17) 79 1

Mexico 944 (14) 178 (22) 81 856 (32) 276 (98) 67 3

P content  
(kg ha–1)

Brazil 36.5 (2.0) 15.9 (0.2) 56 35.9 (3.0) 34.7 (1.2) 4 1

Mexico 26.8 (0.5) 14.3 (0.4) 46 25.2 (1.4) 15.0 (2.2) 40 3

Numbers are means and standard errors. Postfire nutrient contents included ash nutrients.
Sources are 1: Kauffman et al. 1993; 2: Kauffman et al. 2003; 3: Steele 2000.
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al. 2001), suggesting a further reduction in soil organic matter inputs in 
pasture soil compared with forest.

The decline of aboveground biomass in pasture increased the relative 
importance of soil concerning the ecosystem nutrient pools. For example, 
soil comprised 54 percent of ecosystem carbon pools in the forest but 89 
percent in pastures (Jaramillo et al. 2003; fig. 10-1). A similar change oc-
curred with nitrogen (fig. 10-1). These results indicate that soils play an 
increased key role in nutrient dynamics under pasture or agriculture after 
SDTF conversion, and thus soil processes may be critical for secondary suc-
cession in SDTF (chap. 7).

Soil Nutrient Dynamics

Management strongly affects physical and chemical soil characteristics. 
However, the depletion of soil fertility cannot be assessed only by the 
comparison of nutrient concentrations between forest and managed soils. 
Therefore the study of processes such as disruption of carbon, nitrogen, 

Figure 10-1. Relative distribution of total ecosystem carbon and nitrogen among 
the three main pools in a SDTF and derived pastures at Chamela, Mexico. Numbers 
over bars represent the total ecosystem pools. Soil values correspond to 60-centime-
ter depth (Jaramillo et al. 2003).
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and phosphorus dynamics may allow a better understanding of soil fertility 
reduction with management, which in turn can adversely affect both for-
est regeneration and crop and pasture productivity (Giardina et al. 2000a; 
Steininger 2000; Davidson et al. 2004). Table 10-2 shows soil properties 
of four contrasting SDTF sites under forest cover. The site with the highest 
clay content has the highest concentration of soil organic carbon (SOC) 
(IBGE, Brazil), while the sandy oxisol has a lower carbon value (IPA-
Pernambuco, Brazil; table 10-2). It is well documented that fine-textured 
soils have a higher capacity for carbon stabilization by organo-mineral 
complexes than coarse-textured soils (Tiessen and Stewart 1983; Dalal and 
Mayer 1987; Hassink 1997). Thus, SOC has a lower decomposition rate 
in clayed soils than in sandy soils, and SOC content is maintained longer 
in the former soil. Among the sandy soils, the sites with higher pH have 
higher nutrient concentrations than the site with the acid oxisol (IPA-Per-
nambuco, Brazil). A lower pH constrains plant productivity by decreas-
ing soil nutrient availability, mainly soil phosphorus (Salcedo et al. 1997; 
Gallardo and González 2004). Moreover, total phosphorus concentration 
in the Chamela soil (regosol) is 1.6 times higher than in the acid oxisol 
(table 10-2). These results suggest that the fine-textured soils favor carbon 

Table 10-2. Soil properties in four seasonally dry tropical forest sites in Latin 
America 

IBGE, Brazil (1) IPA-Pernambuco,  
Brazil (2, 3, 4)

Pernambuco, 
Brazil (5)

Chamela, Mexico 
(6, 7)

Soil type (FAO) Oxisol Oxisol Xerosol Regosol

% sand; % clay 15%; 74% 78%; 10% 75%; n.d. 60%; 26%

pH 4.5 4.2–5.2 6.7 6.6

C (mg g–1) 47.4 9.8–12.2 14.1 29.0–36.0

N (mg g–1) 2.6 0.67–0.79 1.1 1.9–3.2

C:N 18 14–16 13 11–17

P (mg g–1) n.d. 0.12 0.17 0.2–0.3

IBGE = Instituto Brasileiro de Geografia e Estatística, IPA = Institute of Agronomic  
Research, n.d. = no data.
Sources are (1) Varella et al. 2004; (2) Salcedo et al. 1997; (3) Sheng and Tiessen 2000;  
(4) Tiessen et al. 1992; (5) Wick et al. 2000; (6) García-Oliva et al. 1994; (7) García-Oliva, 
Gallardo et al. 2006. 
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accumulation, and soils with low pH could decrease nutrient availability, 
mainly soil phosphorus. For this reason, in the following sections we con-
sider these soil properties further.

Organic Carbon Dynamics

Soil organic carbon plays an important role in the availability and recycling 
of soil nutrients and in the nutrient storage capacity of soils by influencing 
physical soil structure and microbial activity (Singh et al. 1989; Schmidt 
et al. 1997; Joergensen and Scheu 1999; Six et al. 2002; Montaño et al. 
2007). For example, soil carbon availability stimulates the activity of het-
erotrophic microorganisms, which increases microbial demand for nitrogen 
and thus promotes nitrogen immobilization, allowing nitrogen protection 
in microbial biomass (Montaño et al. 2007). In contrast, low soil carbon 
availability reduces microbial nitrogen immobilization and promotes auto-
trophic nitrification activity (Hart et al. 1994; Chen and Stark 2000; Booth 
et al. 2005). This could increase nitrogen loss by nitrate leaching as well 
as by emissions of nitrogen oxides (Paul and Clark 1989; Davidson and 
Kingerlee 1997). 

Salcedo et al. (1997) found no changes on SOC after fire in the up-
per 20 centimeters of soil in acid oxisols (IPA-Pernambuco, Brazil). This 
result may be explained by the low capacity of soil for conducting heat, 
which may be negligible below the top 5 centimeters of soil (Giardina et 
al. 2000a). Thus, the heat effect on the soil due to fire may be critical only 
in the upper 5 centimeters. However, SOC was reduced 46 percent 1 year 
after slash burning at the same study site (Tiessen and Santos 1989). In 
contrast, García-Oliva et al. (1999b) reported a decrease of 32 percent by 
combustion of SOC associated with macroaggregates (greater than 250 
micrometers) in the top 2 centimeters of soil at Chamela, Mexico. This re-
duction in carbon did not affect soil macroaggregates, but it disrupted mac-
roaggregate stabilization processes by reducing energy for microbial activ-
ity and destroying hyphae and fine roots. Subsequently, the breakdown of 
macroaggregates was the main factor affecting soil carbon pools after first 
rainy season: SOC and macroaggregates decreased 50 percent after this 
season. Breakdown of macroaggregates results in a lower carbon stabiliza-
tion capacity of soils and a reduction in microbial activity (Six et al. 2002; 
Six et al. 2004; García-Oliva et al. 2004). Fire also affected soil microbial 
groups: there was a decrease in fungi, yeast, and bacterial populations of 80 
percent, 64 percent, and 40 percent, respectively, after fire (García-Oliva et 
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al. 1999a). Results from this study showed that ash inputs from the burned 
biomass modified soil chemical conditions for microbial populations. For 
example, ash addition to soil samples from the forest increased the pH of 
soil by one unit and reduced microbial activity compared with that in con-
trol forest soil (García-Oliva et al. 1999a). The increment of soil pH after 
ash input as documented for Pernambuco and Chamela soils (Salcedo et al. 
1997; García-Oliva and Maass 1998; Giardina et al. 2000a) results from 
incorporation of alkaline cations (i.e., calcium, potassium, magnesium) in 
ash. In conclusion, organic carbon redistribution among physical-size frac-
tions and alteration of microbial communities by fire are the driving factors 
for changes in SOC dynamics in pasture soils after forest transformation.

Reductions in SOC after several years of management in Neotropi-
cal SDTF have been reported in four studies, but two other studies have 
found no differences in SOC due to changes in land use (table 10-3). It 
has been proposed that cultivation reduces SOC faster than pasture be-
cause pastures have higher soil carbon inputs due to higher root produc-
tivity than in cultivated plots (Guo and Gifford 2002; Murty et al. 2002). 

Table 10-3. Soil carbon and nitrogen concentrations in forest and pasture/crop 
plots in four SDTF sites in Latin America 

Site Land use Age of plot 
(years)

Soil depth  
(cm) C (mg g-1) N (mg g-1)

IBGE, Brazil (1) Forest  0–5  47.4  2.6

Pasture 18 0–5 24.1* 2.5

IPA, Brazil (2) Forest 0–20 10.3 0.74

Cassava 5 0–20 8.9* 0.64*

IPA, Brazil (3) Forest 0–20 12.2 0.79

Sorghum 12 0–20 8.8* 0.64*

Pernambuco, Brazil (4) Forest 0–8 14.1 1.1

Pasture 14 0–8 12.0 1.0

Chamela, Mexico (5) Forest 0–5 36.0 3.2

Pasture 10 0–5 30.0* 1.3*

Chamela, Mexico (6) Forest 0–10 25.4 1.2

Pasture 13 0–10 23.6 1.4

*values that are significantly different between land use covers within each site (P < 0.05)
Sources are (1) Varella et al. 2004; (2) Lessa et al. 1996; (3) Sheng and Tiessen 2000;  
(4) Wick et al. 2000; (5) García-Oliva, Gallardo et al. 2006; (6) Jaramillo et al. 2003.
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However, none of the studies in SDTF showed an increase in SOC under 
pasture, as it has been reported for pastures derived from tropical rain for-
est (Cerri et al. 1991; Neill et al. 1997). Conditions in wet tropical sites 
promote higher pasture productivity than in SDTF, increasing SOC inputs 
by roots. The reduction of SOC could be due to the depletion of new soil 
carbon input. For example, at Chamela, total fine-root productivity at the 
top 10 centimeters of soil was 42 percent lower in pasture than in forest 
soils (1.2 and 1.8 megagrams per hectare per year, respectively; Castellanos 
et al. 2001). It is also expected that aboveground net primary productivity 
in pastures is lower than in primary forest (9 and 12 megagrams per hectare 
per year, respectively; Martínez-Yrízar et al. 1996; Jaramillo et al. 2003) 
and that a fraction is consumed by cattle. This means that only a percent-
age of aboveground net primary productivity would be incorporated into 
the soil as dead organic matter (García-Oliva, Hernandez et al. 2006). In 
general, we would suggest that SOC decreases with pasture age in SDTF, 
disrupting soil nutrient sources, as mentioned above. 

Nitrogen Dynamics

The effect of fire on soil nitrogen occurs as a consequence of high tempera-
tures in soil organic matter and microbial populations. Fire increased by 
four times the NH4 concentrations, while NO3 showed a reduction by 50 
percent or more in two SDTF study sites (IPA-Pernambuco, Brazil, and 
Chamela, Mexico; table 10-4). This high increment of NH4 is due to ther-
mal decomposition of organic nitrogen, protein hydrolysis, and release of 
microbial nitrogen due to lysis of microbial biomass (Rusell et al. 1974; 
Dunn et al. 1979; Raison 1979). In contrast, NO3 is depleted by volatiliza-
tion (Raison 1979). Similarly, fire promotes soil organic nitrogen loss as 
NOx gases or N2 at temperatures above 300 degrees Celsius (Raison 1979), 
resulting in increased nitrogen gas emissions during the burn. Also, biolog-
ical nitrogen mineralization is reduced by a decrease in microbial activity, 
as mentioned above. Thus, fire disrupts the soil organic nitrogen cycle by 
decreasing both microbial immobilization and plant uptake, by substantial 
increases in soil NH4, and by greater nitrogen losses due to erosion and 
leaching and nitrogen gas emissions (fig. 10-2).

The increment of NH4 is temporary and decreases after the first grow-
ing season because of microbial and plant demand and mainly by nitri-
fication, which increases NO3 concentrations in pasture/crop soils (table 
10-4). Increased nitrification has been reported with low soil carbon avail-
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ability, which constrains nitrogen immobilization by heterotrophic mi-
crobes and promotes nitrifying-bacteria activity (Hart et al. 1994; Chen 
and Stark 2000; Montaño et al. 2007). Soil nitrogen availability is depleted 
with management time because soil organic matter inputs are reduced in 
pasture/crop soils compared with forest. Although nitrogen losses by gas 
emissions were similar between forest and pasture soils (García-Méndez 
et al. 1991; Varella et al. 2004), pastures may have net losses due to the 
reduction of nitrogen inputs by nitrogen fixation, which occurs in legume 
species of SDTF (González-Ruiz et al. 2008). Additionally, nitrogen losses 
through leaching could increase, because NO3 dominates over NH4. In 
contrast to the effect of fire after slash burning, NH4 pools did not increase 
after fire in a 2-year-old pasture, likely because of the lower fire intensity in 
pasture compared with the slash fire and of the lower nitrogen pools in pas-
ture soils (Ellingson et al. 2000). In sum, nitrogen pools are reduced under 
pasture/crop soils because nitrogen inputs decrease, the plant-microbe-soil 
loop is disrupted, and nitrogen losses increase (fig. 10-2). This trend may 
be exacerbated through time with pasture management. 

Phosphorus Dynamics

Soil phosphorus dynamics are also strongly affected by slash burning. Fire 
increased by five times the soil-available phosphorus at both Chamela and 
Pernambuco SDTF sites (fig. 10-3). 

Such a response may be due to phosphorus inputs associated with 

Table 10-4. Total soil N (Nt), NH4-N, NO3-N, and N mineralization for prefire, 
postfire, and crop/pasture from two SDTF sites in Latin America

IPA-Pernambuco, Brazil (1) Chamela, Mexico

Prefire Postfire Crop Prefire (2) Postfire (2) Pasture (2, 3)

Nt (mg g –1)  0.67  0.72  0.60 5.4 4.1 1.1

NH4 (µg g –1) 3.1 13.0 4.6 22.0 84.0 5.0

NO3 (µg g –1) 48.0 25.0 33.3 21.0 3.7 4.0

N mineralization  
(µg g–1 d–1)

0.61 0.46 0.45 1.2 0.7 0.1

Sources are (1) Salcedo et al. 1997; (2) Ellingson et al. 2000; (3) García-Oliva et al. 2006b.  
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Figure 10-2. Conceptual models of nitrogen fluxes and pools in SDTF soil, burned 
soil, and pasture/crop soil. The box size indicates the relative difference in nutri-
ent concentrations, while arrow type shows the relative importance of fluxes. Solid 
arrows indicate relatively more important fluxes than dashed arrows. N org. = 
organic nitrogen, lC = labile carbon, and M.B. = microbial biomass.
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ash, thermal transformation of soil organic phosphorus, and desorption 
of occluded phosphorus by soil chemical changes (Sibanda and Young 
1989; Salcedo et al. 1997; Giardina et al. 2000a). The effect of ash inputs 
could be negligible because a significant amount of ash is lost by erosion 
and only a small proportion of ash nutrients becomes available for plants 
(Khanna et al. 1994). For example, Giardina et al. (2000a) estimated that 
55 percent of the phosphorus contained in ashes was lost before the first 
rainfalls at the SDTF in Chamela, Mexico. In contrast, thermal mineraliza-
tion of organic phosphorus could better explain this increment, because 
NaOH organic phosphorus was reduced 50 percent after fire (Giardina 

Figure 10-3. Effect of fire in two phosphorus fractions: organic (Po) and inorganic 
(Pi) at two SDTF sites: (A) IPA-Pernambuco, Brazil (Salcedo et al. 1997), and (B) 
Chamela, Mexico (Giardina et al. 2000b). Note that Brazil values are concentra-
tions and Chamela values are pools.
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et al. 2000a). Additionally, the occluded phosphorus pool diminished 20 
percent after fire (Giardina et al. 2000a). Chemical changes in soil due to 
ash inputs and high temperatures promote phosphorus desorption from 
nonavailable forms (Sibanda and Young 1989). For example, Salcedo et al. 
(1997) found that pH and exchangeable basic cations were increased after 
fire, which accounted for increments in resin phosphorus after fire. Results 
from the studies above suggest that increases of plant-available phosphorus 
with fire are likely through thermal decomposition of organic phosphorus 
and by phosphorus desorption from inorganic forms due to soil chemical 
changes (fig. 10-4).

Similar to soil nitrogen, the high concentration of available phos-
phorus fractions does not persist with management time. Salcedo et al. 
(1997) reported that resin phosphorus decreased 71 percent after 5 years 
of cropping in an acid oxisol at Pernambuco, Brazil, due to organic matter 
depletion and soil reacidification (Tiessen et al. 1992). Similarly, Alvarez- 
Santiago (2002) reported a reduction of plant-available phosphorus and an 
increase of occluded phosphorus in a 10-year-old pasture soil at Chamela, 
Mexico. This was likely due to depletion of SOC, a lower soil pH buffer 
capacity, and an increase in soil Ca, which sequesters available phospho-
rus (García-Oliva and Maass 1998; Nava-Mendoza et al. 2000). Similarly, 
Lardy et al. (2002) found a positive correlation between soil carbon and 
phosphorus contents in different Cerrado vegetation types and pasture in 
Brazil, suggesting that the SOC plays a key role in soil phosphorus cycling 
in these ecosystems. These results suggest that the reduction of SOC and 
increments of phosphorus sorption by changing pH buffer capacity are the 
main factors that decrease soil phosphorus availability (fig. 10-4). Available 
phosphorus fractions could be reduced with management with a concur-
rent increase in occluded phosphorus forms. 

Conclusions

The main consequences of SDTF conversion to agriculture or pasture for 
nutrient dynamics are the reduction of ecosystem nutrient pools and the 
disruption of nutrient protection mechanisms, resulting in a gradual de-
pletion of soil fertility and plant production. The major nutrient pools in 
SDTF are in the aboveground biomass, thus these forest ecosystems are 
vulnerable to anthropogenic disturbances such as deforestation. For this 
reason, the plant-microbe-soil loop is critical for the maintenance of avail-
able nutrients and plant productivity. 
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Figure 10-4. Conceptual models of phosphorus fluxes and pools in SDTF soil, 
burned soil, and pasture/crop soil. The box size indicates the relative difference in 
nutrient concentrations, while arrow type shows the relative importance of fluxes. 
Solid arrows indicate relatively more important fluxes than dashed arrows. lC = 
labile carbon, M.B. = microbial biomass, Po = organic phosphorus, and Pi = avail-
able inorganic phosphorus.
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Soil type influences the magnitude of biogeochemical processes: deteri-
oration processes are similar, but the rates differ. For example, an acid sandy 
soil can be degraded faster than a neutral sandy soil. As a consequence, 
the sites with the first soil type (e.g., IPA-Pernambuco, Brazil) should be 
used for shorter periods than sites with neutral sandy soils (e.g., Chamela, 
Mexico). These results suggest that the same driving processes must be im-
proved irrespective of soil type for soil reclamation, but the intensity of 
actions must be adjusted to the soil type.

Disruption of the plant-microbe-soil loop starts with slash-and-burn 
practices and continues under pasture/crop management. Fire increases 
short-term soil nitrogen and phosphorus availability, but it degrades bio-
logical and geochemical mechanisms of nutrient protection, such as micro-
bial biomass and soil pH buffer capacity. As a consequence, nutrient losses 
may dominate over nutrient inputs in pasture/crop soils of dry tropical re-
gions, gradually reducing plant productivity as management continues.

At a global scale, the consequences of SDTF conversion are related to 
greenhouse gas emissions because Latin American tropical forests represent 
the second largest carbon pool globally, only exceeded by African tropi-
cal forests (162 and 176 gigagrams carbon, respectively; Houghton et al. 
1983). Carbon dioxide emission rates from the Neotropical region due to 
land use change may amount to 0.75 petagram carbon per year (Hough-
ton 2003), although emissions from land use and cover change have large 
uncertainties in the global carbon cycle (Ramankutty et al. 2007). The in-
tegration of studies on the biogeochemical consequences of land use and 
land cover change with global models remains as one of the most interest-
ing challenges for the understanding of anthropogenic impacts on global 
element cycles. 
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Over the last two decades several studies have shown that plant species of 
contrasting life-forms ranging from small herbs to large trees may experi-
ence a decline in reproductive success following habitat fragmentation and 
population disruption (Bawa 1990; Aizen and Feinsinger 1994; Aguilar et 
al. 2006). Such outcome has been shown for many plants throughout the 
tropics, particularly trees, where human activities have resulted in elevated 
rates of habitat fragmentation and degradation (Ghazoul and Shaanker 
2004; Quesada and Stoner 2004; Quesada et al. 2004). Because almost 90 
percent of angiosperms (i.e., flowering plants) depend on animals for effec-
tive pollination and sexual reproduction (Buchmann and Nabhan 1996), it 
is of central concern to understand the capacity of pollinators for transfer-
ring pollen among individuals and its consequences on plant reproduction 
in newly created anthropogenic landscapes.

While evolutionary dependence of plants on animal mutualists for 
sexual reproduction has improved pollen transfer to stigmas, it has also 
prompted increased plant susceptibility to fragmentation and other forms 
of anthropogenic disturbance that characterize today’s landscapes (e.g., Ai-
zen et al. 2002; Ashworth et al. 2004). Changes in abundance, composi-
tion, and/or foraging behavior of pollinators as a consequence of habitat 
disturbance will have an effect on the amount and/or quality (autogamous 
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vs. xenogamous) of pollen deposited on stigmas, thus affecting reproduc-
tion and the genetic structure of plants (Wilcock and Neiland 2002). 

Much research has been conducted with regard to the effects of habitat 
loss and fragmentation on pollination, plant reproduction, and genetic di-
versity of plant populations over the past 20 years. Nevertheless, there has 
been certain research bias in the selected natural systems evaluated, where 
species from tropical forests represent only 16 percent of the entire studied 
species around the world (Aguilar et al. 2006; Aguilar et al. 2008). More-
over, no specific analysis of this subset of species has yet been conducted. 
This comparative underrepresentation of tropical plant species in fragmen-
tation studies highlights the need to focus more thoroughly on population 
studies from these threatened and fragile habitats.

Some expected outcomes of habitat fragmentation include local extinc-
tion of plant and animal populations, the alteration of species richness and 
abundance, and changes in the trophic structure of communities. These 
negative effects of habitat fragmentation can be expressed at the landscape 
and population levels. At the landscape scale, fragmentation involves the 
transformation of a large area of habitat into several patches of smaller size, 
isolated from each other by surrounding anthropogenic habitats different 
from the original. Such loss and breaking apart of the habitat alters nega-
tively the connectivity, functioning, and biodiversity within the matrix of 
the fragmented habitat (Fahrig 2003). At the population level, habitat frag-
mentation may reduce the effective population size and the magnitude and 
direction of gene flow, which in turn would produce negative changes in 
the population and genetic structure of plant species (Young et al. 1996; 
Aguilar et al. 2008). The reduction of both gene flow and effective popula-
tion size by habitat fragmentation may cause inbreeding, genetic drift, and 
a consequent decline of genetic variation. Therefore, the loss of genetic 
diversity may limit the ability of local populations to respond selectively 
to varying local conditions, compromising their persistence and increasing 
their risk of extinction due to inbreeding depression.

Habitat fragmentation may not only lead to a reduction in population 
size and genetic variation but also disrupt key interactions of the plants 
with their pollinators and seed dispersers. The interaction between plants 
and pollinators can be disrupted by habitat loss, reduction of pollinator 
abundance, changes in floral resource availability and distribution, or com-
petitive exclusion from floral resources by inefficient or exotic pollinators. 
Most of the plant-pollinator interactions may depend on the relative abun-
dance of floral resources; thus, changes in plant abundances caused by for-
est disturbance may lead to modification in the composition, functioning, 
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and maintenance of plant-pollinator webs (Aizen and Feinsinger 2003; Lo-
pezaraiza et al. 2007). We should expect small isolated or fragmented plant 
populations to be less attractive to pollinators than large populations. As a 
result of this, rates of pollinator visitation and seed production may often 
be lower in small than in large populations of plants pollinated by animals. 

The negative consequences of habitat fragmentation for plant popula-
tions could be exacerbated by the complex interactions of reproductive (sex 
expression) and mating systems (selfing vs. outcrossing or mixed strategies) 
in combination with population size and pollination and seed dispersal sys-
tems. Previous studies of seasonally dry tropical forests (SDTFs) indicate 
that the reproduction of plants is dependent on the presence of natural 
pollinators (Frankie et al. 1974; Bullock 1985). Therefore, changes in the 
abundance and activity patterns of pollinators induced by habitat fragmen-
tation are expected to reduce gene flow between isolated plant populations. 
The negative effects of forest fragmentation on the viability of populations 
could be particularly noticeable in tropical tree species that posses self- 
incompatibility systems and depend on pollinators for sexual reproduction 
(Bawa 1974, 1990; Aguilar et al. 2006). Disturbances that impact animal 
vectors of pollen transfer may therefore affect the reproductive output of 
tropical trees. Pollination of tropical plants is mainly conducted by animal 
vectors such as bees, butterflies, flies, birds, and bats, and the natural popu-
lations of these animals inhabit and depend on the existence of forests.

The objectives of this chapter are to (1) evaluate the effects of forest 
fragmentation on plant-pollinator interactions, plant phenology, reproduc-
tive dynamics, and genetic parameters of tropical plants; (2) describe and 
compare plant life-history traits, pollination systems, and plant reproduc-
tive traits between tropical forests; and (3) predict vulnerability patterns to 
forest fragmentation based on ecological and reproductive traits of plants.

Habitat Fragmentation Effects on Pollinator  
and Reproductive Dynamics and Genetic Parameters

We conducted a quantitative synthesis of the published literature on the 
effects of habitat fragmentation on plant reproductive dynamics and popu-
lation genetic parameters of tropical plant species. To accomplish this, we 
gathered data from two published databases (Aguilar et al. 2006; Aguilar 
et al. 2008). 

To assess the effects of habitat fragmentation on the pollination process 
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and on the sexual reproduction of tropical plant species, we used an ex-
tract of the database compiled by Aguilar et al. (2006). This meta-analysis 
used published data from the literature within the period of 1987–2006 
to evaluate the effects of habitat fragmentation on pollination and repro-
duction of plant species from different habitats throughout the world (see 
Aguilar et al. 2006). This analysis included articles that evaluated directly 
or indirectly, explicitly or implicitly, the effects of habitat fragmentation on 
the reproductive dynamics of animal-pollinated plants. As response vari-
ables, we used pollinator visit frequency, pollen loads on stigmas, or pollen 
tubes in styles for assessing the effects on pollination. We used fruit or seed 
production to assess the effects on plant reproductive success as provided 
by the published studies. 

To assess the effects of habitat fragmentation on population genetic 
parameters of tropical plant species, we used part of the data obtained by 
Aguilar et al. (2008) through a literature search in the Science Citation In-
dex and Biological Abstracts databases using a combination of “fragment*” 
and “genet*” and “plant” as keywords within the period of 1989–2007. This 
quantitative review evaluated the effects of habitat fragmentation on the 
genetic variability and inbreeding parameters of plant populations in frag-
mented habitats around the world. As measures of genetic variability, we con-
sidered both expected heterozygosity and allelic richness and analyzed them 
separately. Inbreeding was measured through Wright’s fixation index (fIS). 

With these reproductive and genetic variables provided by the pub-
lished studies that evaluated the effects of fragmentation, we calculated the 
effect size using Hedges’s d. This effect size is calculated using the mean 
values, sample sizes, and standard deviations of each parameter (from text, 
tables, or graphs) and represents a standardized measure of the magnitude 
and direction of fragmentation effects for each of the species included in the 
analysis (cf. Gurevitch and Hedges 2001). Positive values of the effect size 
(d) imply positive effects of habitat fragmentation on a given parameter, 
whereas negative d values imply negative effects of fragmentation on these 
parameters. The only exception is the inbreeding coefficient parameter, 
which has an opposite interpretation: positive d values imply higher in-
breeding in fragmented conditions, whereas negative d values mean lower 
inbreeding in fragmented habitats. 

Within both databases (for reproductive and genetic parameters), we 
selected exclusively the results for tropical plant species and ran separated 
meta-analyses with these species using the MetaWin 2.0 statistical program 
(Rosenberg et al. 2000). Confidence intervals of effect sizes were calcu-
lated using bootstrap resampling procedures as described in Adams et al. 
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(1997). An effect of habitat fragmentation was considered significant if the 
95 percent bias-corrected bootstrap confidence intervals (CI) of the effect 
size (d) did not overlap zero (Rosenberg et al. 2000). Data were analyzed 
using random-effect models, which assume that differences among studies 
are due to both sampling error and random variation, which is usually the 
rule in ecological data (Gurevitch and Hedges 2001).

Habitat Fragmentation Effects on Pollinator  
and Reproductive Dynamics 

The literature search conducted by Aguilar et al. (2006) gathered 54 pub-
lished studies that evaluated the effects of fragmentation on pollination 
and/or plant reproduction in 89 unique plant species from different re-
gions of the world. Within this sample, there were 17 species from tropical 
forests, most of them (70 percent) trees, which represent 19 percent of 
the total sample of species included in this quantitative review. We ran two 
separate meta-analyses: one assessing fragmentation effects on pollination 
on 11 data points from 10 unique species and another one assessing effects 
on sexual reproduction on 17 data points from 16 unique species (table 
11-1). In both analyses we included a replicate of Ceiba grandiflora data, as 
this species was studied twice in two different regions (Quesada et al. 2003; 
Quesada et al. 2004). 

The overall effect size of habitat fragmentation on the pollination pro-
cess of tropical plants was negative, of a large magnitude (d = –0.923), and 
significantly different from zero, according to the 95 percent bias-corrected 
bootstrap confidence limits (fig. 11-1A). Similarly, the overall effect size 
of habitat fragmentation on the sexual reproduction of tropical plants was 
also negative, of a large magnitude (d = –0.971), and significantly different 
from zero (i.e., confidence limits do not overlap zero; fig. 11-1A). These 
response patterns are in agreement with the overall general effect size found 
in Aguilar et al. (2006), but with larger magnitude of effect sizes for tropi-
cal species.

One of the best examples showing these patterns was in the SDTF 
species Samanea saman (Cascante et al. 2002). This study demonstrated 
that fragmentation of SDTF changed pollination patterns, which in turn 
reduced the genetic variability of the progeny and seedling vigor of this 
tree species (Cascante et al. 2002). The study also showed higher genetic 
similarity in the progeny of isolated trees, both within and between fruits. 
Seeds produced by different fruits within isolated trees were more likely to 
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Table 11-1. Tropical plant species in the meta-analyses evaluating the effects of 
fragmentation on pollination, reproduction, heterozygosity, allelic richness,  
and/or inbreeding coefficient 

Species Family Life-form Parameter evaluated Geographic 
region Source 

P RS He AR IC

Anacardium 
excelsum 

Anacardiaceae Tree X X    Central 
America

Ghazoul and 
McLeish 
2001 

Brongniartia 
vazquezii

Fabaceae Shrub X X X North 
America

Gonzáles-
Astorga and 
Núñez-Farfán 
2001 

Carapa  
guianensis

Meliaceae Tree X X X Central 
America

Dayanandan 
et al. 1999

Caryocar  
brasiliense

Caryocaraceae Tree X X X South 
America

Collevatti et 
al. 2001 

Catasetum  
viridiflavum

Orchidaceae Epiphyte X X X X Central 
America

Murren 
2002, 2003 

Ceiba  
aesculifolia 

Bombacaceae Tree X X X X Central 
America

Quesada et al. 
2004 

Ceiba 
grandiflora 

Bombacaceae Tree X X Central 
America

Quesada et al. 
2003, 
Quesada et al. 
2004 

Ceiba  
pentandra

Bombacaceae Tree X Central 
America

Quesada et al. 
2004

Dieffenbachia  
seguine

Araceae Perennial 
herb

X X X North 
America

Cuartas-
Hernández 
and Núñez-
Farfán 2006 

Dinizia excelsa Fabaceae Tree X X South 
America

Dick 2001 

Dombeya  
acutangula

Sterculiaceae Tree X Asia Gigord et al. 
1999 

Dyospiros  
montana 

Ebenaceae Tree X X Asia Somanathan 
and Borges 
2000 

Elaeocarpus  
williamsianus

Elaeocarpaceae Tree X Oceania Rossetto et al. 
2004 
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Enterolobium 
cyclocarpum 

Fabaceae Tree X X    Central 
America

Rocha and 
Aguilar 2001 

Heliconia  
acuminata

Heliconiaceae Perennial 
herb

 X    South 
America

Bruna and 
Kress 2002 

Oncidium  
ascendens

Orchidaceae Epiphyte X Central 
America

Parra-Tabla et 
al. 2000 

Pachira  
quinata

Bombacaceae Tree X X Central 
America

Fuchs et al. 
2003 

Pentadethra  
macroloba

Fabaceae Tree X X Central 
America

Hall, Chase et 
al. 1994

Pithecellobium  
elegans

Fabaceae Tree X X X Central 
America

Hall et al. 
1996 

Psychotria  
tenuinervis

Rubiaceae Shrub X X South 
America

Ramos and 
Santos 2006 

Samanea  
saman 

Mimosaceae Tree X X Central 
America

Cascante et 
al. 2002 

Shorea  
siamensis

Dipterocar-
paceae

Tree X X Asia Ghazoul et al. 
1998 

Spondias  
mombin

Anacardiaceae Tree X Central 
America

Nason and 
Hamrick 
1997

Swietenia  
humilis

Meliaceae Tree X X X Central 
America

G.M. White 
et al. 1999 

Swietenia  
macrophylla

Meliaceae Tree X X X Central 
America

Novick et al. 
2003 

Symphonia  
globurifera

Clusiaceae Tree X X X Central 
America

Aldrich et al. 
1998 

For each species we show the botanical family, the parameter evaluated by the authors, geo-
graphic region where the study was conducted, and the source publication. For parameters, 
P = pollination, RS = reproductive success, He = heterozygosity, AR = allelic richness,  
IC = inbreeding coefficient.

Table 11-1. (continued)

Species Family Life-form Parameter evaluated Geographic 
region Source 

P RS He AR IC
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Figure 11-1. Overall effect of habitat fragmentation on pollination and reproduc-
tion (A) and on genetic parameters (B) of tropical plant species. Weighted-mean 
effect sizes and 95 percent bias-corrected confidence intervals are shown. Sample 
sizes are given in parentheses. Dotted line shows Hedges’s d = 0. 
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be related than seeds from trees in continuous populations. Seeds produced 
by trees from continuous populations were more likely to germinate and 
to produce greater leaf area and biomass as seedlings than progeny from 
isolated trees. However, isolated trees showed high reproductive capacity 
in spite of their habitat condition. Few other studies recognize the impor-
tance of quantifying fragmentation effects on pollinator activity and its 
consequences for the reproductive success and genetic variation of tropical 
trees (Quesada et al. 2003; Quesada et al. 2004; Cuartas-Hernández and 
Núñez-Farfán 2006).

Habitat Fragmentation Effects on Population Genetic Parameters 

Our previous literature survey (Aguilar et al. 2008) measured the effects of 
habitat fragmentation on the genetic variability of 102 unique plant species 
from many different regions around the world. From this list, 13 species 
(nearly 13 percent) belonged to tropical forests, and most of them (77 per-
cent) were trees (table 11-1). We ran three separate meta-analyses evaluat-
ing the fragmentation effects on three genetic parameters: heterozygosity 
(13 data points from 12 unique species), allelic richness (12 data points 
from 11 unique species), and inbreeding coefficient (9 data points from 9 
unique species). In each of the first two meta-analyses, we included a repli-
cate of Carapa guianensis data, as two different authors studied this species 
in different regions (Hall, Orrell et al. 1994; Dayanandan et al. 1999). 

The overall effect size of habitat fragmentation on expected hetero-
zygosity of tropical plants was negative and of a small magnitude (d = 
–0.129). However, this value was not significantly different from zero, 
given that the 95 percent bias-corrected bootstrap confidence limits over-
lap zero (fig. 11-1B). Thus, fragmentation is not having a significant effect 
on the expected heterozygosity of this sample of tropical plants. The overall 
effect size of fragmentation on allelic richness was also negative but of a 
larger magnitude (d = –0.634) and significantly different from zero (fig. 
11-1B), which implies fragmentation is decreasing allelic richness in these 
tropical plant species. This result indicates that forest fragmentation at a 
regional scale decreases the genetic diversity of remnant populations. For 
example, in Carapa guianensis, allelic richness of the cohort in forest frag-
ments was lower than of the cohort in undisturbed habitats. This difference 
could be caused by changes in local mating patterns of this species.

Finally, the overall effect size of fragmentation on inbreeding coefficient 
was positive (meaning increased inbreeding in fragmented habitats com-
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pared with continuous forests), of a small magnitude (d = +0.117), but not 
significantly different from zero, as confidence intervals overlap zero (fig. 
11-1B). This result indicates fragmentation is not significantly affecting the 
inbreeding coefficient of these fragmented tropical plant populations.

Habitat Fragmentation Effects on Phenological Patterns 

In this section we review the literature and analyze the possible conse-
quences of forest fragmentation on the phenology of tropical plants.

Few studies have indicated that forest fragmentation affects climate or 
several environmental factors in forest remnants (Laurance, Lovejoy et al. 
2002). Remnant forest fragments tend to show increased average tempera-
tures, higher rates of evapotranspiration, and higher exposure to winds, 
which result in decreased soil moisture compared with continuous forests 
(Wright 1996; Kapos et al. 1997; Laurance, Albernaz et al. 2002). Several 
of these environmental factors, such as changes in water content stored 
by plants (Reich and Borchert 1984; but see Wright and Cornejo 1990; 
Wright 1991), seasonal variations in rainfall (Opler et al. 1976), changes 
in temperature (Ashton et al. 1988; Williams-Linera 1997), photoperiod 
(Leopold 1951; Tallak and Muller 1981), irradiance (Wright and van Schaik 
1994), and sporadic climatic events (Sakai et al. 1999), have been shown 
to trigger phenological events in tropical plants. However, very few studies 
have analyzed the effects of forest fragmentation on plant phenology. 

Many studies in the tropics have found that leaf abscission is highly 
synchronized with dry conditions that are related to soil water content and 
tree water status (Reich and Borchert 1984; Borchert 1994b). In tropical 
wet forests, most tree species are evergreen with a relatively continuous 
pattern of leaf production, but the amount of leaf fall is correlated with the 
intensity of a dry season. In SDTF, the dry deciduous community of plants 
drops its leaves at the beginning of the dry season. Leaf flushing appears to 
be different between habitats (Reich 1995). In wet forests, leaves tend to 
be produced during the driest period (Frankie et al. 1974), but foliar de-
velopment is apparently controlled more by internal than by environmental 
factors (Reich 1995). In contrast, dry forests flush predominantly at the 
beginning of the wet season, but there is also a small peak during the be-
ginning of the dry season in riparian habitat plant communities (Frankie et 
al. 1974). In dry forests, primordial leaf buds and leaf expansion take place 
before the initiation of the rainy season. There is also intra- and interspecific 
variation in leaf production’s response to soil water content and stored stem 
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water availability in dry tropical species (Borchert 1994). Leaf production 
of trees of the same species varies according to habitat soil water availability. 
Different species of trees vary in their stem water storage capacity, and this 
in turn is related to the timing of leaf production. Given the understanding 
of the environmental factors that affect leaf phenology in tropical plants, we 
predict that SDTF will be more sensitive to environmental changes caused 
by forest fragmentation. A greater increase in temperature and evapotrans-
piration and a decrease in soil moisture in forest fragments are likely to 
reduce leaf life span, possibly affecting carbon uptake of trees more in dry 
forests than in wet forests. 

Certain plant-herbivore interactions are affected by the timing of leaf 
flushing because many herbivores depend on leaves to complete part of 
their life cycle (Janzen 1970; Marquis 1988; Aide 1993). This is particu-
larly important in SDTF. Changes in the timing of leaf flushing and leaf 
life span provoked by habitat fragmentation’s effects on environmental fac-
tors may negatively affect herbivore population dynamics. Enviromental 
changes caused by habitat fragmentation are also likely to trigger changes 
in the phenology of flowering and fruiting. Synchronization of flowering 
seems to be partially controlled by physical abiotic factors; in wet forests a 
flowering peak usually occurs at the beginning of the wet and dry seasons, 
whereas in dry forests most plant species flower during the dry season. Lit-
tle is known about the physiological processes that control flower and fruit 
production in tropical plants (Chapotin et al. 2003). Apparently, a certain 
threshold level of drought is required to trigger flowering in some tropi-
cal plant species (Alvim 1960; Wright et al. 1999). One of the few studies 
that have evaluated this phenomenon found that the frequency of flow-
ering was similar in populations of the tree Ceiba aesculifolia in disturbed 
and undisturbed conditions, but flowering initiation date and flowering 
peak occurred between 2 and 3 weeks earlier in disturbed populations than 
in undisturbed habitats during 3 consecutive years (Herrerías-Diego et al. 
2006). Tree populations in disturbed areas may be experiencing drier soil 
conditions and greater temperatures that trigger their flowering period ear-
lier than the flowering of trees in undisturbed populations. 

Changes in flowering phenology caused by habitat loss will also disrupt 
the pollination patterns of many long-distance pollinators and trap-liners 
such as some large bees, hawkmoths, nectarivorous bats, and humming-
birds that follow the flowering sequential phenology of plant communities 
(Stiles 1977; Fleming et al. 1993; Haber and Stevenson 2004; Lobo et al. 
2003; Quesada et al. 2003; Quesada et al. 2004).

Variation in the synchrony of flowering also has been proposed as 
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an important factor that affects the reproduction, genetic structure, and 
mating patterns of tropical plant populations in disturbed habitats (Ste-
phenson 1982; Murawski and Hamrick 1992; Chase et al. 1996; Nason 
and Hamrick 1997; Fuchs et al. 2003). For example, Fuchs et al. (2003) 
found for the SDTF tree Paquira quinata that trees in fragmented habitats 
consistently presented either early or late flowering peaks. This resulted in 
higher selfing rates within trees through geitonogamy and the production 
of single-sired fruits. In contrast, trees in undisturbed natural forests had 
higher outcrossing rates and multiple paternity of fruits.

Several biotic factors, such as pollinator attraction and competition for 
pollinators, have been proposed as important evolutionary forces respon-
sible for phenological patterns in tropical plants (Janzen 1967; Stiles 1975; 
Appanah 1985; Zimmerman et al. 1989; Sakai et al. 1999; Lobo et al. 
2003). Changes in flowering phenological patterns caused by forest frag-
mentation are likely to affect the behavior and visitation rate of pollinators. 
If the flowering pattern of plant species that share pollinators of the same 
guild is displaced over time (Frankie et al. 1974; Stiles 1975; Lobo et al. 
2003), competition for the same pollinators will occur, resulting in nega-
tive consequences for the reproductive success of the plants and the ability 
of the pollinators to obtain resources over time. For example, in a SDTF 
in Mexico, trees of the family Bombacaceae provided the main resource to 
nectarivorous bats during 8 months of the year (Lobo et al. 2003; Stoner 
et al. 2003). The sequential use of bombacaceous species by these bats was 
coupled with the flowering phenology of the tree species. Changes in flow-
ering phenology caused by habitat fragmentation changed the pollination 
patterns of bats and negatively affected the reproductive output and mating 
patterns of some of these trees species (Quesada et al. 2004).

Fruiting phenology may also be altered by environmental changes 
associated with habitat disturbance, but this has remained unexplored. 
Timing of fruit and seed production is key to understand dispersal, regen-
eration, and establishment of natural populations in disturbed habitats. 
Most species of tropical trees fruit after they flower; thus, delays in the 
flowering patterns will directly affect fruiting and seed dispersal patterns. 
In SDTF, most tree species are wind dispersed and depend on high tem-
perature and low relative humidity for abscission and dispersal (Greene et 
al. 2008). Changes of such environmental conditions in disturbed habitats 
will change fruit maturation and seed dispersal patterns. Displacement in 
time of fruiting phenology of tropical tree species that provide keystone 
resources could have negative consequences on populations of birds and 
mammals that disperse their seeds and, ultimately, negative effects on re-
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cruitment of the species they disperse (Howe 1984). Seed dispersal by ani-
mals is negatively affected by deforestation and results in lower recruitment 
in forest fragments (Cordeiro and Howe 2001). 

Comparison of Plant Life History and Reproductive Traits 
and Pollination Systems between Forests

To predict the possible vulnerability of tropical plants to forest fragmen-
tation, we first compiled basic information on plant life-history traits of 
species from several SDTFs from different published and unpublished data-
bases. Specifically, we gathered information on life-form, sexual expression, 
compatibility systems, and pollination and seed dispersal vectors of SDTF 
plant species from Brazil (Caatinga: Machado and Lopes 2004; Mach-
ado et al. 2006; Cerrado: Oliveira and Gibbs 2000), Venezuela (Colinas 
de Bello Monte: Jaimes and Ramírez 1999), Mexico (Chamela: Bullock 
1985; Lott 2002; our own database), and Costa Rica (Guanacaste: Bawa 
1974; Bawa and Opler 1975; our own database). Also, we obtained the 
same information for plant species from different regions of tropical rain 
forest, such as Brazil (Atlantic forest: Silva et al. 1997), Costa Rica (La 
Selva: Janzen 1983; Bawa et al. 1985; Chazdon et al. 2003), Mexico (Los 
Tuxtlas: Ibarra-Manríquez and Oyama 1992), Panama (Barro Colorado: 
Croat 1979), and Venezuela (montane tropical forest: Sobrevila and Ar-
royo 1982). We made a complete list of plant species from each type of for-
est and carefully checked it to avoid repetition of species taxonomic identi-
ties. With this information we were able to determine the incidence of the 
different plant life-history traits in each type of forest and also to compare 
the frequency distribution of these traits between SDTF and tropical rain 
forest plant species. 

Patterns of Plant Life-History Traits, Pollination Systems,  
and Plant Reproductive Traits 

The available published and unpublished databases allowed us to obtain 
information on a total of 1364 unique plant species from SDTFs and 668 
unique plant species from tropical rain forests (TRFs). We were able to 
assign at least one of the five life-history traits (namely, life-form, sexual 
expression, compatibility system, and pollen and seed dispersal vectors) 
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to each one of these species. Our analysis contains the largest and most 
comprehensive database of tropical plant reproductive traits compiled to 
this date.

Herbs represented nearly 33 percent of life-forms, while shrubs and 
trees characterized 24 percent and 23 percent of sampled species from 
SDTF, respectively. Vines made up 18 percent of the species, and nearly 
4 percent were epiphytes. The sexual expression of plants was obtained 
for 1310 species of SDTF and 443 species of TRF. Hermaphroditism was 
by far the most represented type of sexual expression throughout all life-
forms: about 70 percent of the species were hermaphrodite (fig.  11-2). 
Monoecious and dioecious species were less frequent, and both were simi-
larly represented within this sample of species (about 15 percent of the 
species; fig. 11-2). The incidence of monoecy was comparable (between 3 
and 5 percent) in herbs, shrubs, trees, and vines. Dioecy was mainly repre-
sented in trees and shrubs (5 percent and 2.5 percent, respectively) and less 
represented in vines, epiphytes, and herbs (1.7 percent, 0.8 percent, and 
0.6 percent, respectively). 

The overall percentages of occurrence of sexual expressions were very 
similar between SDTF and TRF, and there was a significantly higher pro-

Figure 11-2. Frequency distribution patterns of sexual expression in plant species 
from tropical dry and tropical rain forests. Numbers of species are displayed on the 
tops of the bars. ** P < 0.05 for chi-square test. 
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portion of dioecious species in TRF compared with SDTF (chi-square = 
5.86; p = 0.015; fig. 11-2). Furthermore, in a comparison of the distribu-
tion patterns of sexual expression using the proportions previously calcu-
lated by several authors (synthesized in table 2 in Machado et al. 2006) from 
four SDTFs and five TRFs from different countries, the results were compa-
rable to ours. On average, hermaphrodite species represent 75 percent and 
70 percent of the species from these SDTFs and TRFs, respectively. Monoe-
cious species are on average 10 percent and 11 percent of the species, while 
dioecious species represent 14 percent and 20 percent of the species from 
SDTFs and TRFs, respectively. In this case, however, the larger proportion 
of dioecious species in TRFs was not significantly different from the propor-
tion found in SDTFs (Mann-Withney U = 6.12; p = 0.327).

Information on compatibility systems was obtained for 171 SDTF spe-
cies and 104 TRF species. A great majority of the sampled species from 
SDTF, nearly 75 percent, was self-incompatible. Most of the long-lived, 
woody species such as trees (85.7 percent), shrubs (64.5 percent), and vines 
(70.6 percent) were self-incompatible, as were 50 percent of the herbaceous 
species from SDTF. The distribution pattern of compatibility systems be-
tween the two types of forests was similar. Although there was a higher pro-
portion of self-incompatible species in SDTF and of self- compatible spe-
cies in TRF, these differences were not statistically significant (chi-square 
= 0.77, p = 0.380 and chi-square = 2.23, p = 0.135, respectively). The 
higher proportion of self-compatible species in TRF is mostly due to the 
higher incidence (72 percent) of self-compatibility among the herbaceous 
species of the sample. Furthermore, we evaluated the incidence of obligate 
outcrossing species by adding the proportion of self-incompatible and di-
oecious species in each type of forest. Overall there was a higher proportion 
of obligate outcross species in SDTF compared with TRF, and this differ-
ence was statistically significant (chi-square = 6.93, p = 0.01). 

We gathered information on the type of pollination vector for 585 
SDTF species and 516 TRF species. We grouped the pollinator vectors 
in three main categories: wind, insect, and vertebrate. Clearly, insect- 
pollinated species are the vast majority of species in both tropical forests. 
In SDTF, insects are the pollination vectors of more than 83 percent of the 
species, vertebrates pollinate almost 12 percent of the species, and wind is 
responsible for the pollination of nearly 3.5 percent of the species. These 
proportions remain similar among species sharing the same life-form, with 
the few wind-pollinated species being herbs and shrubs. Regarding the pol-
lination vector and the sexual expression of plants, we found that almost 95 
percent of the vertebrate pollinators interact with hermaphrodite plants, 
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whereas 80 percent of the wind-pollinated species were monoecious plants. 
Insects are the pollinators of almost all (98 percent) dioecious species. The 
overall distribution of pollinator vectors between both SDTF and TRF 
is quite comparable. A rather different pattern, however, was observed in 
TRF species when pollinator vectors, life-form, and sexual expression were 
combined. Unlike SDTF species, most wind-pollinated species in TRF 
(nearly 70 percent) were dioecious trees.

It is important to notice that most of the information on pollination 
systems, from our databases as well as many others from the literature, is 

Figure 11-3. Frequency distribution patterns of seed dispersal vectors in plant spe-
cies from tropical dry and tropical rain forests. Numbers of species are displayed on 
the top of the bars. *** P < 0.01 for chi-square test. 
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based mainly on indirect observation of floral visitors. Nevertheless, floral 
visitors do not necessarily always function as legitimate pollinators, because 
not all floral visitors transport pollen from anthers to stigmas (e.g., Schem-
ske and Horvitz 1984; Bawa et al. 1985; Armbruster et al. 1989). For ex-
ample, in a study to discriminate visitors from legitimate pollinators in 22 
sympatric species of Ipomoea that occur in a SDTF in Mexico, we found 
that 12 plant species appeared to be generalists when all flower visitors 
were included as pollinators, whereas only 8 plant species appeared to be 
generalists when just legitimate pollinators were assigned to each species 
(Rosas-Guerrero et al., in prep.). Therefore, it is likely that many studies 
have overestimated the frequency of legitimate pollinators by interpreting 
the pollination syndrome from flower morphology or by observations of 
flower visitors. 

Finally, we characterized the seed dispersal vector for 534 SDTF spe-
cies and 398 TRF species. To do this, we summarized the dispersal vec-
tors in three main categories: anemochory, autochory, and zoochory. For 
species of SDTF, there was a higher proportion of animal-dispersed seeds 
(zoochory), followed by quite similar proportions of anemochorous and 
autochorous plants (fig. 11-3). In fact, these two nonanimal dispersal types 
make up over 56 percent of the total sample of species in SDTF. The three 
dispersal types were compared among the different life-forms and sexual 
expressions, and the following patterns were observed: anemochory was 
present in more than 90 percent of epiphytes, whereas zoochory was more 
frequent in trees and shrubs (60.4 percent and 54.2 percent, respectively), 
and autochory was more common in herbs (52.3 percent). Nearly 70 per-
cent of hermaphrodite plants were either anemochorous (41 percent) or 
zoochorous (38 percent), whereas 94 percent of monoecious plants were 
autochorous (47 percent) or zoochorous (47 percent), and almost 60 per-
cent of dioecious species were zoochorous. 

We found very different distribution patterns when comparing types 
of dispersal vectors between species from SDTF and TRF (fig. 11-3). Ane-
mochory and autochory were significantly more frequent in SDTF than 
in TRF (chi-square = 43.8, p < 0.001 and chi-square = 65.9, p < 0.001, 
respectively; fig. 11-3). Zoochory, on the contrary, was significantly more 
represented in TRF compared with SDTF (chi-square = 43.4, p < 0.001; 
fig. 11-3). In species of TRF, zoochory is the main dispersal type for all the 
different life-forms (frequency range of 79 percent and 100 percent of oc-
currence), and sexual expressions (frequency range of 83 percent and 100 
percent of occurrence). Anemochorous and autochorous species in TRF 
were mostly present in hermaphrodite trees.
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Vulnerability of Plants to Anthropogenic Disturbance  
in SDTFs: Conclusions

The literature review analyzed in this chapter has shown that forest frag-
mentation affects important life-history components of tropical plants, 
particularly biotic pollination, plant phenology, plant reproductive success, 
and genetic diversity. A meta-analysis showed that tropical plant popula-
tions in fragmented forests show a decrease in pollination, decrease in re-
productive output, and loss of genetic diversity. Given these results, we 
should expect a reduction in plant populations with greater probability of 
local extinction because of demographic, environmental, and genetic sto-
chasticity (Young et al. 1996; Aguilar et al. 2008). 

Mutualisms between Plants and Pollinators

A quantitative analysis shows that most tropical plants are animal polli-
nated, with a high incidence of outcrossing, mediated by either self-incom-
patibility systems or dioecy. Flowering plants of tropical ecosystems are 
highly dependent on animals to move their pollen to receptive compatible 
plants of the same species to accomplish sexual reproduction. Such depen-
dence of tropical plants on mutualistic relationships with pollinators for 
reproduction is the result of a long history of evolutionary changes. Hence, 
disruption of such long-term plant-pollinator interactions will make tropi-
cal plants particularly vulnerable to forest fragmentation, more so than 
temperate systems that are mainly wind pollinated. 

Our results showed that pollination and plant reproductive success are 
negatively affected by fragmentation (fig. 11-1). There were negative ef-
fects of fragmentation on pollination, interpreted as pollination visitation 
frequency, deposition of pollen on stigmas, and number of pollen tubes in 
styles. Because native small insects and native bees are the main pollinators 
of the species considered in the meta-analysis, we predict that this guild 
of insect pollinators will be the most susceptible to forest fragmentation. 
At the community level we expect their abundance and species richness to 
be reduced in remnant fragments, compared with continuous forest. We 
expect a reduction of the pollinators’ population sizes due to reduced avail-
ability of flower resources and nesting sites. Moreover, small native insects 
and native bees will be more susceptible to fragmentation because they 
have a limited ability to fly between remnant fragments. Such restriction on 
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pollinator movement may translate into a reduction of plant fitness due to 
pollen limitation, biparental inbreeding, and geitonogamy.

Unlike native insect pollinators, exotic pollinators such as feral honey 
bees (Apis mellifera) are able to dominate flower visitor assemblages on 
fragmented habitats (Aizen and Feinsinger 1994). Thus, there is a poten-
tial that native pollinators will be replaced by exotic ones following forest 
fragmentation. The success of these exotic bees has been related to their 
social and generalized pollinator behavior; thus, it is expected that these 
bees will prefer common plants with massive synchronous flowering rather 
than plants that flower asynchronously or in lower density. Therefore vul-
nerability of specialized pollination systems will increase because of disap-
pearance of legitimate pollinators. Furthermore, the foraging behavior of 
Apis mellifera, typically characterized by long visitation time to many flow-
ers of the same individual before movement to another plant, increases the 
deposition of geitonogamous pollen. While this may represent a short-term 
rescue effect in self-compatible species in fragmented habitats (Dick 2001; 
Aguilar et al. 2006), it increases the chances of reproductive failure among 
outcrossing, self-incompatible plants, which, as shown here, represent the 
majority of species in tropical systems.

A general prediction is that large-bodied pollinators such as birds, bats, 
large bees, and hawkmoths can fly long distances and are less likely than 
smaller pollinators to be affected by the increased distance between flower 
resources in remnant fragments (Ghazoul and Shaanker 2004). However, 
Quesada et al. (2004) showed that the effects of forest fragmentation on 
bat pollination in SDTF are plant-pollinator specific. Based on the evidence 
presented in this study, we predict that highly specialized pollination sys-
tems involving large pollinators of self-incompatible plants with prolonged 
flowering patterns will be especially susceptible to forest fragmentation 
(e.g., the Ceiba grandiflora–bat pollination system).

Sexual Expression and Mating Systems

The extent of the effect of fragmentation on biotic pollination and its 
translation into seed production is closely related to the degree of depen-
dence of plants on cross-pollination. The breeding system is a relevant 
trait of plants, determining both the dependence of plants’ reproductive 
success on the availability of pollinators and the extent of reproductive 
vulnerability of plants to forest fragmentation. It is expected that auto-
matic self-pollination through reproductive assurance will be the most 
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successful reproductive mechanism for survival in fragmented habitats, 
but it may suffer problems associated with inbreeding in the long term. 
Conversely, obligate hermaphroditic outcrossing and dioecious plants will 
show complete dependence, not only on pollinators, but also on the pres-
ence of other reproductive individuals of the same species for mating and 
seed production. Our results showed that 76 percent of the species are 
self-incompatible or dioecious. These obligate outcrossing species will be 
particularly vulnerable to the disruption of pollination mutualisms caused 
by forest fragmentation, particularly dioecious species that are essentially 
pollinated by small insects with restricted flying movement. In addition, 
because our analysis showed a higher proportion of obligate outcrossing 
species in SDTF than in TRF, we may predict more susceptibility of SDTF 
to forest fragmentation. 

The presence of mixed mating systems has been suggested for few 
tropical tree species (Bullock 1995). Such variation in breeding systems 
has been associated with changes in pollinators between different habitats 
or along altitudinal gradients (Murawski and Hamrick 1992; Lobo et al. 
2005). For example, Lobo et al. (2005) showed that differences in pol-
linators between two habitats were correlated with the breeding system 
and the levels of relatedness of the progeny produced in Ceiba pentandra 
in Costa Rica. High levels of outcrossing were found in the SDTF where 
bats were the predominant pollinators, whereas a mixed mating system 
was found in wet seasonal forests where bats were not common pollina-
tors. Genetic relatedness of seeds was greater in the region where bats 
were absent, indicating higher probability of selfing (Lobo et al. 2005). 
Other studies on temperate regions have shown that self-incompatibility 
can be flexible. These studies have proposed different genetic mechanisms 
to explain such flexibility; ability to switch to partial self-incompatibil-
ity has particularly been related to polyploidy or gene duplication (de 
Nettancourt 2001), pleiotropic effects of modifying genes (Levin 1996; 
Good-Avila and Stephenson 2002, 2003), or temporal plasticity of self-
incompatibility proteins (Richardson et al. 1990; Vogler et al. 1998). 
These mechanisms can be present in tropical plants, but this field remains 
completely unexplored. 

Changes in mating systems have also been associated with forest frag-
mentation and habitat disturbance. For example, in the SDTF tree Pachira 
quinata, populations from continuous forest presented high levels of out-
crossing rates, whereas populations from fragments experienced a mixed 
mating system (Quesada et al. 2001; Fuchs et al. 2003). Disturbance and 
habitat fragmentation may change mating patterns and gene flow of natural 
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populations of tropical plants, with possible consequences for the genetic 
diversity of these systems. 

In an ongoing study in the SDTF of Mexico, we found changes in 
the composition of plant communities under different successional stages. 
The number of plant families declined almost linearly, from 35 families in 
mature forest to 28, 10, and 7 families in sites that were 8 to 12 years old, 
3 to 5 years old, and grassland, respectively. The number of tree species 
showed an evident reduction in grassland and early successional stages, and 
this is also related to a significant reduction of monoecious and dioecious 
reproductive systems (fig. 11-4). 

Hermaphroditic and monoecious systems are maintained in all the 
successional stages, whereas dioecy disappears in grassland. Therefore, it is 
expected that mature and intermediate successional stages are more suscep-
tible to habitat fragmentation. 

Finally, obligate outcrossing species will be particularly vulnerable to 
the disruption of pollination mutualisms caused by forest fragmentation, 
particularly dioecious species that are essentially pollinated by small insects 
with restricted flying movement. We predict more susceptibility of SDTF 
to forest fragmentation because of a higher proportion of obligate out-
crossing species in SDTF than TRF.

Figure 11-4. Frequency of plant reproductive systems in different successional 
stages of a SDTF of Mexico. 



194  seasonally dry tropical forests

Conclusions

In this review we were able to show general patterns of the effects of for-
est fragmentation on plant-pollinator interactions, plant phenology, repro-
ductive dynamics, and genetic parameters of tropical plants. However, it is 
clear that our conclusions are limited to fewer than 30 species of plants that 
are biased by trees. Other life-forms with contrasting pollination systems, 
sexual expression, and breeding systems need to be studied in this context. 
Particular attention is needed in the case of insect pollinators and their in-
teractions with dioecious plants.
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The Mesoamerican region is blessed with tremendous biological richness, 
a high level of species endemism, and a diverse cultural heritage. Yet in 
2000, only 30 percent of the region’s forest cover remained. Overall, 37.4 
percent of the land area of Mesoamerica is used for agriculture (CCAD 
2002); much of this agriculture is concentrated in the more seasonal ar-
eas previously occupied by seasonally dry tropical forest (SDTF). Pasture 
is the predominant agricultural land use in Central America, constituting 
61.1 percent of all agricultural land in 2000 (FAO 2005). Rice, sugarcane, 
maize, and beans constitute other major agricultural products grown in dry 
forest zones of Mesoamerica (Donald 2004; Harvey, Alpizar et al. 2005). 

Only 5.7 percent of SDTFs in Central America have protected area sta-
tus (Miles et al. 2006). As formerly continuous blocks of forest are reduced 
and fragmented throughout Mesoamerica, remaining forested refuges and 
protected areas become increasingly embedded within agricultural land-
scapes (DeClerck et al. 2010). Conservation of biodiversity (including 
forest specialist species) in these areas therefore requires active manage-
ment at the landscape level (Janzen 1986a; Daily et al. 2003; McNeely and 
Schroth 2006; Vandermeer and Perfecto 2007; Harvey, Komar et al. 2008; 
Chazdon, Harvey et al. 2009) and partnerships with farmers who are prac-
ticing circa situm (on-farm) conservation (Boshier et al. 2004). 
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Here, we review our present knowledge of plant and animal biodiver-
sity at the landscape level in seasonally dry forest zones of Mesoamerica. 
We describe how much and what kind of biodiversity is found within ag-
ricultural landscapes, and in what kinds of habitats. We highlight the con-
servation value of agricultural landscapes for protecting forest specialists 
and endangered species. To examine the potential for secondary forests on 
abandoned pastures in SDTF regions to support biodiversity, we include a 
detailed case study of plant, bird, and bat diversity associated with second-
ary forests of Chamela-Cuixmala in Mexico. Finally, we present recommen-
dations to enhance biodiversity within agricultural landscapes and enumer-
ate research priorities for deepening our knowledge of species, populations, 
and communities and their interactions in these landscapes. 

The Nature of Biodiversity in Agricultural Landscapes 

When concern over biodiversity loss in tropical forests became widespread 
in the 1980s, virtually no detailed information was available on biodiversity 
status in areas outside the boundaries of intact forest. Janzen (1988) specu-
lated that “when dry forest habitat is replaced by fencerows, ditchsides, 
unkempt pastures, and woodlots, the species richness of the breeding fauna 
and flora is reduced by 90 to 95 percent.” We now know that unkempt 
pastures, woodlots, and other agricultural habitats can contain significant 
levels of biodiversity. In the agricultural landscape of Las Cruces, Costa 
Rica, researchers have detected at least 45 percent of the native bird species 
and 54 percent of the native mammal species within agricultural and pas-
toral habitats (Daily et al. 2001; Daily et al. 2003; Ranganathan and Daily 
2008). Studies in the fragmented landscape of Los Tuxtlas, in Mexico, have 
detected 226 bird species, 39 bat species, 39 nonflying mammal species, 
and 36 dung beetle species, which represent 68 percent of the original bird 
fauna, 80 percent of the original bat fauna, and 65 percent of the original 
nonflying mammal species (Estrada 2008).

What is the nature of the biodiversity within tropical agricultural land-
scapes? Janzen (1986a) classified three groups of species that live and in-
teract in agricultural habitats. The first group is the crop species, which are 
planted (in the case of crops) or raised (in the case of cattle) and depend 
upon humans for their well-being and survival. Second are species that can 
thrive and reproduce in managed systems, disturbance-adapted species, or 
species associated with human activities. Third are remnant species orig-
inating from forested ecosystems that have persisted in the transformed 
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landscape but are not breeding or regenerating. This group has been termed 
the “living dead,” as they are not expected to persist beyond the remnant 
generation (Janzen 1986a).

Many species have been incorrectly labeled as “living dead,” as one-
time surveys may not clearly reveal whether breeding and reproduction are 
occurring within the disturbed landscape. Studies of gene flow (particu-
larly pollen flow) within pastures and between remnant trees and trees in 
forest fragments show that trees in pastures are not reproductively “dead” 
but typically form part of the breeding population, despite being physically 
isolated from other trees (Aldrich and Hamrick 1998; G.M. White et al. 
1999; Boshier et al. 2004). Moreover, many tree species are able to repro-
duce within actively grazed pastures. Esquivel et al. (2008) found that 37 
of the 85 tree species present in grazed pastures in Muy Muy, Nicaragua 
(an area of transition between dry and humid forest), regenerated under the 
current management conditions, suggesting that these species may be able 
to maintain their populations over the long term. In other cases, manage-
ment of heterogeneous landscapes, changes in land use, and restoration 
practices have the potential to transform the living dead into biological 
legacies (Bengtsson et al. 2003; Lamb et al. 2005).

Janzen’s initial categorization also omitted species that are considered 
to be restricted to mature forests but are able to persist and reproduce in 
types of forest cover within agricultural landscapes. A subset of mature for-
est species can survive within highly modified landscapes (Chazdon, Peres 
et al. 2009). In the dry forest pasture landscape of Rivas, Nicaragua, ripar-
ian forests, secondary forests, and forest fallows were characterized by tree 
species typical of SDTF (Harvey et al. 2006). Although most species of 
birds, butterflies, beetles, and bats were generalist species, 27 bird and 4 
bat species classified as forest dependent were observed at low abundance 
(Harvey et al. 2006). Some bird species typical of forest habitats are capable 
of persisting and breeding successfully in agricultural areas (Sekercioglu 
et al. 2007). Clearly, there is still much to learn about the nature of biodi-
versity and the types of habitats that support forest-dependent species in 
agricultural landscapes (Chazdon, Peres et al. 2009; Gardner et al. 2009). 

The Nature of Agricultural Landscapes in Dry Forest Zones

Biodiversity is most diverse in agricultural landscapes with heterogeneous 
and abundant vegetation cover (Kindt et al. 2004; Schroth et al. 2004; 
Bennett et al. 2006). Remnant old-growth forest fragments and riparian 
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strips provide the highest quality tree cover, with vegetation structure and 
composition most similar to intact forest areas. Live fences are widely used 
in Mesoamerica and provide corridors for animal movement and breeding/
nesting sites (Budowski 1987; Estrada et al. 2000; Estrada and Coates-
Estrada 2001; Harvey, Villanueva et al. 2005; Chacón and Harvey 2006). 
Fallow fields and secondary forest provide sheltered areas and resources for 
animal species (Dunn 2004) and are often composed of a high diversity of 
plant species (Finegan and Nasi 2004; Gordon et al. 2004). Remnant trees 
in pastures provide stepping-stones for animal movement as well as food, 
shelter, and shade (Harvey and Haber 1998). Finally, there is the agrobio-
diversity itself, in the form of annual crops, perennial crops, tree crops, 
agroforestry systems, and associated flora and fauna (Power 1996; Perfecto 
and Vandermeer 2002; Schroth et al. 2004; Jarvis et al. 2007). 

Remnant tree cover, tree crops, agroforestry, and tree plantations pro-
vide a benign and permeable matrix within agricultural landscapes (Har-
vey and Haber 1998). The type, size, and spatial configuration of habitat 
patches influence species composition and movement within the landscape 
(Medina et al. 2007). Remnant tree cover is not randomly distributed 
across the landscape; remnant patches are usually associated with steep 
topography, stream drainages, and river basins or located in areas with 
limited access (i.e., away from roads). Thus, species utilization of remnant 
patches of vegetation will be affected by topography, the composition and 
structure of the surrounding landscape mosaic, and connectivity with other 
habitats within the landscape.

Vegetation Cover and Diversity  
in Pastoral Dry-Forest Landscapes

The abundance, diversity, and spatial configuration of tree cover within 
pasture landscapes strongly determine overall patterns of biodiversity. 
Tree cover types within these landscapes include riparian forests, old- or 
second-growth forest fragments, live fences, and remnant trees. The diver-
sity and abundance of remnant tree cover within pastures reflect farmers’ 
management decisions (Barrance et al. 2003; Boshier et al. 2004). When 
farmers clear an area for pasture or crop production, they sometimes leave 
forest patches and remnant trees as sources of future timber, fruits, as 
shade for cattle or workers, or as protection for steep slopes or riparian 
areas (Harvey and Haber 1998; Muñoz et al. 2003). Over time, additional 
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trees regenerate within the area, arising from underground stems, seed 
banks, and/or incoming seed rain from adjacent land uses. Resprouting 
from root suckers is a particularly important mechanism for tree recruit-
ment in SDTF of central Brazil (Vieira et al. 2006). Even after the area 
has been cleared and converted to pastures, farmers continue to shape the 
tree cover within the landscapes by selectively removing some tree species 
and allowing others (usually species of commercial value as timber species 
or fruit trees) to grow into adults (Muñoz et al. 2003; Villanueva et al. 
2003). These decisions are driven by a variety of socioeconomic factors, 
particularly the need for timber, fence posts for fencing pastures, and fire-
wood (Villanueva et al. 2003). 

Detailed inventories of on-farm tree cover clearly illustrate the extent 
to which farmers shape patterns of tree cover within agricultural landscapes 
(table 12-1). A study of isolated trees in pastures in three dry forest regions 
(Cañas, in Costa Rica, and Rivas and Matiguás in Nicaragua) reported 
high overall tree species richness within pastures, with 71 to 101 species 
found in pastures in each landscape (Harvey, Villanueva et al. 2008). In all 
three landscapes, a handful of species dominated; these species were either 
common timber species or important forage species for cattle. In dry for-
est zones of southern Mexico, Nicaragua, Cuba, Colombia, and Bolivia, 
silvopastoral systems often involve leguminous species in the genera Aca-
cia and Prosopis. Pods of these and other legume species, including A. pen-
natula, Samanea saman, Caesalpinia coriaria, and Senna atomaria, are used 
as supplemental forage for cattle and are locally sold to supplement farmer 
income (Rice and Greenberg 2004). Management typically reduces the tree 
diversity considerably, favoring species that provide commercial products 
or services to farmers (Michon et al. 2007).

Live fences are common and conspicuous elements of agricultural 
landscapes throughout Mesoamerica (Harvey et al. 2004). In three dry 
forest pasture landscapes in Costa Rica and Nicaragua, live fences were 
found on 49 to 89 percent of the farms (Harvey, Villanueva et al. 2005). 
These trees contributed to forest connectivity within the landscape; 3.4 to 
14.1 percent of the live fences joined directly to forest vegetation. Farm-
ers plant one or two species within the live fences, usually choosing spe-
cies that resprout easily and can be established from stakes. Consequently, 
tree diversity within live fences is usually quite low, with most live fences 
in SDTF regions of Costa Rica and Nicaragua dominated by one of the 
following species: Bursera simaruba, Pachira quinata, or Gliricidia sepium. 
Live fences do not contribute greatly to tree biodiversity within individ-
ual farms, as they are dominated by a small number of species, but at the 
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landscape level, from 72 to 85 species were found within each region 
because of the presence of remnant trees or pioneer species within the live 
fences (Harvey, Villanueva et al. 2005).

To date, only one study has examined nonarboreal vegetation within 
agricultural landscapes in Mesoamerica. In three wet forest regions of 
southern Costa Rica, 37 to 42 percent of the species of herbs and shrubs 
were growing within an agricultural matrix of pastures, coffee plantations, 

Table 12-1. Ten most common trees occuring as dispersed trees and in live fences 
in three tropical dry forest ecosystems in Costa Rica and Nicaragua 

Cañas, Costa Rica Rivas, Nicaragua Matiguás, Nicaragua

Dispersed trees Live fences Dispersed trees Live fences Dispersed trees Live fences

Tabebuia  
rosea

Bursera  
simaruba

Cordia  
alliodora

Cordia  
dentata

Guazuma  
ulmifolia

Busera  
simaruba

Guazuma  
ulmifolia

Pachira  
quinata

Guazuma  
ulmifolia

Guazuma  
ulmifolia

Cordia  
alliodora

Guazuma 
ulmifolia

Cordia  
alliodora

Spondias  
purpurea

Tabebuia  
rosea

Myrospermum 
frutescens

Tabebuia  
rosea

Pachira  
quinata

Acrocomia  
aculeata

Ficus  
werckleana

Byrsonima  
crassifolia

Acacia  
collinsii

Enterolobium  
cyclocarpum

Gliricidia 
sepium

Byrsonima  
crassifolia

Tabebuia  
rosea

Gliricidia  
sepium

Erythrina  
spp.

Albizia  
saman

Erythrina  
spp.

Tabebuia  
ochracea 

Gliricidia  
sepium

Cordia  
dentata

Simarouba  
amara

Platymiscium  
parviflorum

Cordia  
alliodora

Pachira  
quinata 

Guazuma 
ulmifolia

Myrospermun 
frutescens

Gliricidia  
sepium

Gliricidia  
sepium

Tabebuia  
rosea

Andira  
inermis 

Caesalpinia 
eriostachys

Acrocomia  
vinifera

Cordia  
alliodora

Lonchocarpus  
minimiflorus

Spondias 
mombin

Piscidia  
carthagenensis

Tabebuia 
ochracea

Enterolobium 
cyclocarpum

Caesalpinia 
violacea

Cordia  
collococca

Enterolobium 
cyclocarpum

Acosmium  
panamensis

Byrsonima 
crassifolia

Swietenia 
humilis

Tabebuia  
rosea

Tabebuia 
ochracea

Spondias  
spp.

Data are based on complete inventories of all pastures occurring on 15 farms in each land-
scape. Tree species are ordered in decreasing order of abundance.  
Sources are Esquivel et al. 2003 (Cañas), López et al. 2004 (Rivas), and Ruíz-Alemán et al. 
2005 (Matiguás).
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and small forest fragments (Mayfield and Daily 2005). Similar studies have 
yet to be conducted in dry-forest agricultural landscapes.

Animal Diversity in Pastoral Dry-Forest Landscapes

The different types of vegetation cover within pasture landscapes support 
substantial levels of animal diversity, by providing key resources, habitat, 
and connectivity to sustain animal populations (e.g., Daily et al. 2001, Daily 
et al. 2003; Harvey et al. 2006; Manning et al. 2006). Numerous studies 
have documented bird diversity within pastoral dry-forest landscapes. For 
example, in the inter-Andean Cauca Valley of northwestern Colombia, a 
preliminary survey of avifauna in a landscape of silvopastures, citrus groves, 
sugarcane fields under organic management, and remnant forest fragments 
of El Hatico Ranch and Nature Reserve revealed 135 of the region’s 141 
bird species, including several species not previously recorded from the val-
ley (Cárdenas et al. 2000). Of these, 66 percent were found within agro-
ecosystems, and 51 species were breeding or feeding fledglings within ag-
ricultural or silvopastoral habitats and remnants of natural vegetation. In 
comparison, for open rangeland in this region, Naranjo (1992) recorded 
only 42 species in pastureland, and only 14 of them regularly used this 
habitat. Thus, the presence of forest remnant vegetation, live fences, and 
silvopastoral management in El Hatico enabled persistence of forest spe-
cialist birds. 

Studies of bird diversity in agricultural landscapes in the dry region 
of Nicaragua reported significant numbers of bird species using different 
types of tree cover (Harvey et al. 2006; Vílchez et al. 2008). In the pas-
toral landscape of Rivas, 83 bird species were reported within all types of 
tree cover. Similarly, in Matiguás, 137 bird species were observed in the 
agricultural landscape, with the greatest species richness occurring in the 
riparian forests, secondary forests, and forest fallows (table 12-2). In both 
landscapes, species composition varied greatly across different tree cover 
types. Forest-dependent birds and birds of conservation concern were gen-
erally more abundant in the forestlike types of tree cover than in more open 
pasture habitats. 

Bats, like birds, use a variety of tree cover types within the agricultural 
matrix, including riparian forests, secondary forests, forest fallows, live 
fences, and even dispersed trees in pastures (Harvey et al. 2006; Medina et 
al. 2007). A total of 24 bat species were found in the agricultural landscape 
of Rivas, Nicaragua (Harvey et al. 2006), whereas 39 species were found 
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in the agricultural landscape of Matiguás, Nicaragua (Medina et al. 2007). 
Within the Matiguás landscape, bats move readily among different types of 
tree cover within the landscape, easily traveling large distances (more than 
10 kilometers) within the landscape (Medina et al. 2007). Riparian forests 
(and to a lesser degree, live fences) appear to be key travel routes for bats 
as they cross agricultural landscapes. These linear features help bats orient 
their flight as they cross the agricultural landscape (as has been reported 
elsewhere by Verboom and Huitema [1997], Law and Lean [1999], and 
Galindo-González and Sosa [2003]) and fly over areas of open pasture (Es-
trada and Coates-Estrada 2001; Medellín et al. 2000; Medina et al. 2007). 
Moreover, bats feed on fruiting trees in pastures and other habitats within 
agricultural landscapes and disperse seeds of many tree species important 
for forest regeneration (Medellín and Gaona 1999; Melo et al. 2009).

Ants are another important indicator group for assessing the biodiver-
sity value of agricultural habitats and landscapes (Power 1996; Perfecto and 
Vandermeer 2002). Ramírez and Enriquez (2003) sampled ant diversity in 
two silvopastoral systems (Prosopis and Leucena) and in remnant dry forest 
at El Hatico Ranch and Nature Reserve in Colombia. The forest showed 
the highest species richness, whereas Prosopis and Leucena silvopastoral sys-

Table 12-2. Total species richness of birds, bats, and dung beetles in two 
agricultural landscapes dominated by pastures in Matiguás and Rivas, Nicaragua 

Tree cover type Birds (point counts) Bats Dung beetles

Matiguás Rivas Matiguás Rivas Matiguás Rivas

Riparian forests 73 42 24 19 20 23

Secondary forests 71 49 21 14 26 29

Forest fallows 63 42 20 14 20 28

Live fences 47 32 20 18 17 24

Pastures with high  
tree cover

53 41 22 15 23 24

Pastures with low  
tree cover

51 35 20 15 10 20

Total 137 83 39 24 33 32

Sampling efforts and methods were identical across the two landscapes. Birds were sampled 
using point counts, bats were sampled using mist nets, and dung beetles were sampled used 
baited pit-fall traps. Eight plots of each tree cover type were sampled in each landscape. For 
additional details on methods see the sources (Harvey et al. 2006; Harvey et al. in press) 
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tems supported 62 and 97 percent of the species found in the dry forest 
fragment, respectively, despite considerably lower vegetation cover (20 to 
71 percent). For ants, higher vegetation cover did not correspond with 
higher species richness across these habitats (Ramírez and Enriquez 2003). 
In the dry forest region of Veracruz, Mexico, Gove et al. (2005) found that 
ant species richness was higher in isolated trees in pasture and secondary 
growth than in pastures lacking trees. Isolated trees also provided unique 
habitat for some arboreal species such as Cephalotes. 

Dung beetle diversity within agricultural landscapes can also be high, 
particularly in landscapes that retain a significant level of tree cover. In 
many dry forest regions converted to cattle production, the availability of 
large quantities of cattle dung can provide a plentiful food source for some 
dung beetle species, and if the landscape still retains sufficient tree cover 
and shade, the conditions may be quite favorable for certain (but not all) 
species. In the Rivas landscape of Nicaragua, a total of 32 dung beetles 
were found, while in the Matiguás landscape, a total of 33 dung beetle 
species were reported (Harvey et al. in press). In both landscapes, dung 
beetles were reported across all types of tree cover studied (from forest 
patches to live fences to pastures with trees), although species richness was 
generally higher in habitats with greatest tree cover and lowest in pastures 
with low tree cover.

Conservation of Vulnerable and Endangered Species  
in Agricultural Landscapes

Agricultural landscapes in dry forest regions support a considerable pro-
portion of the original biodiversity but fewer species than found in intact 
forest. For most taxa that have been examined, the most abundant and fre-
quent species within agricultural landscapes are generalist species typical 
of open or disturbed habitats (Boshier et al. 2004; Harvey et al. 2006). 
Small forest fragments within the agricultural matrix can have high con-
servation value, however (Sekercioglu et al. 2007). In the Rivas landscape 
of southwestern Nicaragua, 14 endangered bird species were observed in 
forest fragments (Harvey et al. 2006). 

Conservation value is ranked highest for habitats utilized by species 
that are highly sensitive to human disturbance. Petit and Petit (2003) stud-
ied bird communities in 11 distinct habitat types in Panama, ranging from 
extensive tracts of lowland humid forest to forest fragments and a variety 
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of agricultural land uses. Bird species were classified into five broad habi-
tat association guilds and into three classes of “vulnerability,” representing 
sensitivity of species to human disturbance. Agricultural habitats, such as 
sugarcane and rice fields, grazed and fallow pasture, and pine plantation, 
showed no forest-specialist bird species and no species of high vulnerability 
(Petit and Petit 2003). Yet these habitats did support species with moderate 
levels of vulnerability. Shade coffee plantations, riparian forest, and low-
land forest fragments supported some forest specialists and forest general-
ists, as well as species of high and moderate vulnerability. These habitats 
serve as refugia within the broader agricultural landscape in which they 
are found (Griffith 2000). In regions where most of the forest cover has 
been lost, shade coffee plantations provide a particularly important habitat 
for forest- dwelling bird species (Perfecto et al. 1996; Wunderle and Latta 
1996; Greenberg et al. 1997; Petit and Petit 2003). 

The conservation value of agricultural landscapes is greatly enhanced 
by linear forms of vegetation that serve as corridors connecting forest frag-
ments. Williams and Vaughan (2001) studied habitat use by white-faced 
monkeys (Cebus capucinus) in an agricultural landscape in Curu Wildlife 
Refuge of northwestern Costa Rica. Live fences, palm canals, and riparian 
forest were the most utilized habitats. Management of vegetation corridors 
in agricultural landscapes is therefore essential to support populations of 
primates, birds, bats, butterflies, and other animal taxa (Estrada and Coates-
Estrada 1996; Sorensen and Fedigan 2000). Forest fragments in Oaxaca, 
Mexico, are often embedded in an agricultural matrix of land uses, including 
older secondary forests. These secondary forests and forest fragments have 
considerably high conservation importance (Gordon et al. 2004).

Restoration and Succession:  
A Brighter Future for Biodiversity?

In addition to their current value as habitat and resources for certain spe-
cies, agricultural landscapes also hold the potential to enhance biodiversity 
through natural and assisted regeneration processes. Increases in vegeta-
tion complexity and forest cover will likely benefit biodiversity, potentially 
ameliorating at least some of the negative effects of forest conversion to 
agriculture. In the Chorotega dry forest region of northwestern Costa Rica, 
declining beef prices from 1985 to 1989 caused progressive abandonment 
of cattle ranches (Arroyo-Mora et al. 2005). In this highly deforested re-
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gion, forest cover increased from 1979 to 1986 (at a rate of 1.63 percent 
per year) and from 1986 to 2000 (4.91 percent per year). Secondary for-
ests now cover large areas of this dry forest region (Kalacska et al. 2004; 
Arroyo-Mora et al. 2005). Within Guanacaste National Park (700 square 
kilometers), pasture declined by 28 percent from 1979 to 1985 and is be-
ing replaced by successional deciduous or evergreen dry-forest vegetation 
(Janzen 1988d; Kramer 1997; Kalacska et al. 2004). On a smaller scale, 
SDTFs are resurging in many areas of the Neotropics (Sánchez-Azofeifa 
et al. 2005; Wright and Muller-Landau 2006; Hecht and Saatchi 2007; 
Lebrija-Trejos et al. 2008). 

As with their wet-forest counterparts, SDTFs show a high capacity to 
recover vegetation structure and biodiversity through succession (Ruiz et 
al. 2005; Vieira and Scariot 2006; Chazdon et al. 2007; Lebrija-Trejos et al. 
2008). In Mexico, dry-forest succession differs from humid-forest succes-
sion in the low species richness of pioneers and lack of long-lived pioneer 
species, leading to more rapid recovery of tree species composition (Ewel 
1980; Lebrija-Trejos et al. 2008). 

Case Study: Biodiversity in Secondary Forests  
of Chamela-Cuixmala, Mexico 

Secondary forests within agricultural landscapes provide critical habitats 
for biodiversity, but few data are available for SDTF species. To explore 
the potential value of secondary forests as catalysts for the conservation of 
plant and animal species, we describe changes in woody vegetation, bat, 
and bird diversity in successional habitats within one agricultural landscape 
in a SDTF region surrounding the Chamela reserve in western Mexico. 
We assess changes in abundance and biodiversity using a chronosequence 
composed of three pasture sites 0–1 years since abandonment, three sites 
3-5 years postabandonment, three sites 8–12 years postabandonment, and 
three old-growth forest sites representing a late successional stage from the 
Chamela reserve. In July 2003, one 1-hectare site was delimited for study 
for each of these sites. 

The Chamela-Cuixmala region was opened to human colonization in 
the late 1960s. Slash-and-burn practices initially established agricultural 
fields during the first 2 years, and pastures were later established for raising 
cattle. About 70 percent of the SDTF in the local communal ejidos sur-
rounding the biosphere reserve has been converted to pastures (Maass et 
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al. 2005). Lack of economic or human resources to maintain pastures along 
with water scarcity (various years of drought) have resulted in the abandon-
ment of pastures in this region (Burgos and Maass 2004; J. Trilleras-Motha 
and P. Balvanera, unpublished data). Abandoned pastures are rapidly colo-
nized by Acacia and Mimosa species, which form monospecific-vegetation 
thick carpets (Ortiz 2001; Burgos and Maass 2004). 

Woody Plants

Within each of the 12 study sites, a 30 by 60 meter permanent plot was es-
tablished using a nested design. All stems of trees, shrubs, and lianas greater 
than or equal to 1 centimeter in diameter at breast height (or 1.3 meters 
aboveground level) were tagged, measured, and taxonomically identified 
within 10 by 50 meters, those greater than or equal to 2.5 centimeters in 
diameter within 20 by 50 meters, and those greater than or equal to 10 
centimeters in diameter within 30 by 60 meters. Stem density increases 
slowly during the first 5 years of succession, followed by rapid increases 
thereafter; sites with fallow ages of 8–12 years were similar in stem density 
to old-growth forest sites (fig. 12-1A). This trend was paralleled by changes 
in alpha diversity (i.e., number of species per plot) observed along the chro-
nosequence. Pasture sites with less than 6 years of abandonment had, on 
average, a third or less of the number of species recorded at the old-growth 
forest sites, whereas sites with fallow ages of 8–12 years had a similar alpha 
diversity (about 80 species in 1800 square meters) compared with the old-
growth forest sites (fig. 12-1B). 

Facilitation appears to operate at the early successional stages, where 
few colonizing species can establish and grow under the harsh conditions of 
the abandoned pastures. Among the colonizing species, Cnidosculus spinosus 
and the legumes Acacia farmesiana, Caesalpinia caladenia, Mimosa arenosa, 
and Bahuinia subrotundifolia were practically restricted to the youngest suc-
cessional sites (less than 6 years old), accounting for 40 percent of total 
stem density in such sites. Other relatively abundant colonizing species 
reached their maximum densities in the 8–12-year-old sites. Among these, 
Croton pseudoniveus, the legumes Lonchocarpus constrictus and Piptadenia 
constricta, and Casearia corymbosa accounted for 14 percent of total stem 
density recorded at the youngest successional sites. Yet other colonizing 
species were among the 15 most abundant trees found in the old-growth 
forest sites. Among these, Caesalpinia eriostachys, Lysiloma microphylla, Cae-
salpinia tremula, Cordia alliodora, and Heliocarpus pallidus constituted 12 
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percent of total stem density recorded at the youngest successional sites. 
Thus, early secondary vegetation incorporates tree species that are structur-
ally and functionally important in middle-aged secondary forest as well as 
in the old-growth forest. 

Overall, 229 woody species were recorded in the 12 studied plots 
(total sampled area = 1.2 hectares). Combining sites from the same suc-

Figure 12-1. Structural and species diversity changes of woody plants along a 
chronosequence of abandoned pasture fields and old-growth forest sites in the 
Chamela-Cuixmala region, western Mexico. (a) Changes in stem density of trees, 
shrub, and lianas with diameter at breast height greater than 1 centimeter. (b) 
Changes in alpha diversity, number of species of trees, shrubs, and lianas per sam-
pled area. (c) Changes in beta diversity, proportion of shared species among sites 
of different successional ages. In all cases, bars represent means plus 1 standard 
error considering three sites per successional stage. Numbers on the bottom axis 
indicate intervals of years since field abandonment, and “OF” indicates old-growth 
forest sites. Different letters on bars indicate significant differences between succes-
sional stage classes (P < 0.05). 
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cessional age category together, species density in old-growth forest ac-
counted for 65 percent of the gamma diversity value, species density in 
8–12-year-old secondary forest accounted for 49 percent, species density 
in the 3–5-year-old secondary forest accounted for 37 percent, and species 
density in the 0–1-year-old abandoned pasture fields accounted for only 11 
percent. Thus, the secondary forest sites of different ages held a substantial 
component (about 80 species) of the recorded gamma diversity. Further-
more, on average, species composition of old-growth forest sites showed 
low similarity with secondary forest sites less than 6 years old and higher 
similarity with the 8–12-year-old secondary forest sites (fig. 12-1C).

Current agricultural practices appear to promote high species diversity 
of woody vegetation within the landscape. The small size of clearings, re-
duced use of heavy machinery, low use of agrochemicals, presence of a large 
fragment of old-growth forest (the Chamela Biological Station Reserve), 
low frequency of fire use, low cattle loads for short periods, and generally 
moderate to low soil degradation in the region facilitate forest regeneration 
there (J. Trilleras-Motha and P. Balvanera, unpublished data). Contrary to 
the notion that shrubby legume species of Acacia and Mimosa arrest suc-
cession in abandoned agricultural fields (Ortiz 2001; Burgos and Maass 
2004), our results suggest that they constitute a transient successional stage 
that facilitates the incorporation of a diverse array of woody species after 
only 6 years since field abandonment. In 30-year-old secondary forests 
dominated by Mimosa arenosa in the region, regenerating primary forest 
species were found among the youngest saplings. The relative dominance 
of regenerating primary species was clearly related to the intensity of man-
agement (Romero-Duque et al. 2007). 

Birds

Effects of the process of ecological succession from pastures to mature forest 
on resident bird species were studied using both nonradius point counts and 
mist nets. Point counts were used to estimate bird species richness and abun-
dances, while mist netting was used to complete the inventory of species and 
determine the reproductive and molting status of birds. Eighty point counts 
were established in each of the four successional stages, for a total of 320 in-
dependent sampling points. Point counts were randomly located inside the 
different successional stages and at least 250 meters apart to ensure indepen-
dence of the data collected (Bibby et al. 2000). Sampling was conducted in, 
and around, two of the three sites used to represent each successional state in 



SDTF Biodiversity and Conservation Value in Agricultural Landscapes 209

the vegetation study, for a total of eight sampling areas. Mist-netting stations 
were established inside the eight vegetation plots discussed above. Each sam-
pling area was visited two times during the dry season and two times during 
the rainy season in 2005, allowing for a better understanding of the effect of 
agricultural landscapes on the bird species breeding in the area.

Bird species richness and abundances were clearly positively related to 
increasing complexity of vegetation structure and plant diversity during 
succession. Bird communities in pastures were very distinct from those of 
the other successional stages. Pasture communities had low species richness 
and were dominated by a small number of granivorous species. Bird species 
richness was similar among secondary and old-growth forests, suggesting 
that once shrubs establish in abandoned pasture, bird communities can re-
cover their alpha diversity and structure within 8 years (fig. 12-2). 

Bird species richness increased rapidly during the first 3 to 5 years of 
succession and then stabilized, with 8–12-year-old secondary forests being 
very similar to old-growth forest sites (fig. 12-2A). However, bird abun-
dances increased slowly along the successional gradient, reaching their 
highest values in the old-growth forest sites (fig. 12-2B).

Patterns of species richness and abundance along the successional gra-
dient seem to be the result of three complementary processes: (1) the loss 
of forest species when the native vegetation is turned into pastures, (2) the 
invasion of pastures by granivorous and/or grassland-specialist species, and 
(3) the recolonization of secondary forest habitats by insectivorous, frugivo-
rous, and nectarivorous species. Pasture sites presented a higher number of 
granivorous species compared with forest sites, and usually their communi-
ties were dominated by one species (Aimophila ruficauda). Granivore species 
richness and abundances decreased during succession, while the number of 
species and individuals of fruit- and nectar-eating birds increased. Although 
the number of insectivorous species increased with the time of abandonment 
(from 16 species in pastures to 30 in old-growth forest), their abundances 
remained constant (15 plus or minus 2.5 individuals per hectare), increas-
ing the complexity and evenness of insectivorous bird communities. Because 
insect abundance did not differ significantly among the different sites (C.A. 
Chávez-Zichinelli, unpublished data), this result suggests that an increase in 
the complexity of vegetation structure associated with successional age could 
provide a larger number of feeding niches for insectivorous birds.

In total, 110 bird species were recorded in the 320 sampling points 
and eight mist-netting stations (gamma diversity). Among these, 109 were 
terrestrial birds, and 1 was an aquatic species that uses terrestrial habitats to 
nest (Dendrocygna autumnalis). This represents 88 percent of the terrestrial 
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Figure 12-2. Effects of vegetation structure on bird species richness and abundance. 
Vegetation structure was determined by using a principal component analysis that 
included grass cover, tree foliage cover, density of stems, tree species richness, and 
diameter at breast height (DBH). The first principal axis (used here as the horizon-
tal axis) comprised 83 percent of the total variation. The analysis ordered the eight 
sampling sites (each represented by a data point) as a chronosequence, with pasture 
sites on the left and old-growth forest sites on the right. The number of bird species 
increases rapidly with succession, reaching a saturation point and staying constant 
after a few years of pasture abandonment. Bird abundances increase along the suc-
cessional gradient, reaching their highest values in old-growth forests. 
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resident species reported for the region (Arizmendi et al. 2002). Lumping 
data for all sampling points of each successional age category together, spe-
cies density in old-growth forest accounted for 60.9 percent (67 species) of 
the gamma diversity, while species density in 8–12-year-old forest, 3–5-year-
old forest, and 0–1-year-old abandoned pastures accounted for 61.8 percent 
(68 species), 67.3 percent (74 species), and 56.3 percent (62 species) of 
the gamma diversity, respectively. Thus, pastures and secondary forests sup-
ported a large fraction of the bird diversity in the landscape (102 species), 
with only 8 species being restricted to old-growth forest. These old-growth 
species include one large-sized parrot (Amazona oratrix), one large-sized 
woodpecker (Campephilus guatemalensis), a hummingbird (Chlorostilbon ca-
nivetis), and several species of flycatchers (Contopus pertinax, Myiarchus cin-
erascens, Myiopagis viridicata, and Tityra semifasciata). Old-growth forest sites 
shared 62 percent of their species with secondary forest sites younger than 
6 years old and 93 percent with the 8–12-year-old secondary forest sites. 
Surprisingly, 13 percent of all species (12 species) were shared by all succes-
sional stages. Among these species are 8 species endemic to Mexico that are 
considered to be dry forest specialists (Cacicus melanicterus, Deltarhynchus 
flammulatus, Granatellus venustus, Melanerpes chrysogenys, Passserina lechlan-
cherii, Polioptila nigriceps, Thryothorus felix, and T. sinaloa). 

These results suggest that birds respond quickly to changes in vegeta-
tion structure associated with succession. Agricultural landscapes increase 
bird diversity by allowing grassland species to invade previously forested 
habitats. Some forest species adapt to pasture conditions, or they start to 
return to early successional stages as soon as shrubs/young trees get estab-
lished. Whereas secondary forests showed bird diversity and community 
structure similar to those found in old-growth forest, the population-level 
mechanisms that allow these patterns to occur are not yet understood. The 
patchy configuration of the agricultural landscape in the Chamela- Cuixmala 
region allows birds to move easily among different successional stages and 
old-growth forest, promoting the rapid recovery of bird communities de-
spite large-scale land use transformations.

Bats

The structure and composition of bat communities in pasture and different 
successional stages was investigated by mist net sampling. This method fo-
cused on sampling the leaf-nosed family (Phyllostomidae), which includes 
the most important Neotropical frugivorous and nectarivorous species. 
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Since most aerial insectivores are adept at detecting and avoiding mist nets, 
their capture in mist nets is not a reliable method for assessing their abun-
dance or distribution, and data for these species were excluded from this 
analysis. Every 6 weeks from June 2004 to August 2006, five mist nets 
(two 6 meters, two 9 meters, and one 12 meters) were placed in each of 
the 12 sites representing the chronosequence composed of three pasture 
sites 0–1 years since abandonment, three sites 3–5 years postabandonment, 
three sites 8–12 years postabandonment, and three old-growth forest sites 
representing late successional stage. Because of very low capture rate, the 
three pasture sites were sampled approximately half as much as the other 
sites. Sampling was conducted from sunset for 5 hours. 

During 142 sampling nights, 606 phyllostomid bats were captured, 
representing 16 species (L.D. Avila Cabadilla and K. Stoner, unpublished 
data). We captured 87.5 percent of the phyllostomid species reported for 
this region (Stoner 2002). As with bird communities, bat species rich-
ness and abundances were clearly related to successional increases in veg-
etation structure and plant diversity. However, unlike bird communities, 
bat communities were less diverse in the youngest successional stages 
(fig. 12-3). 

Sixteen species were captured in mature forest, 9 in late and early suc-
cessional stages, and only 4 in pastures. Furthermore, a clear change in the 

Figure 12-3. Species accumulation curve for bats in pastures (triangles), secondary 
vegetation 3–5 years old (squares), secondary vegetation 8–12 years old (circles), 
and mature forest representing a late successional stage (asterisks) in the Chamela-
Cuixmala region, western Mexico. 
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number of species within foraging guilds was observed for bats (fig. 12-4). 
In particular, more species of frugivores and nectarivores were found in 
mature forest than in either successional stage. The one species of glean-
ing insectivore (Micronycteris megalotis, Phyllostominae) was found only in 
mature forest. 

Although these trends suggest that bird communities recover more 
quickly than bat communities during succession, more studies in SDTF are 
needed. Given the importance of bats in both seed dispersal (Geiselman et 
al. 2002; Muscarella and Fleming 2007) and pollination (Winter and von 
Helversen 2001; Stoner et al. 2003) in Neotropical ecosystems, the lag 
time in the recovery of this important group of animals may have negative 
consequences for the regeneration of SDTF ecosystems. 

Steps to Enhance Biodiversity and Conservation Value  
of Agricultural Landscapes

Under favorable conditions, abandonment of pastures in SDTF regions can 
lead to substantial recovery of biodiversity through forest succession. The 
negative effects of agricultural land use for biodiversity can be further re-

Figure 12-4. The number of phyllostomid species observed in pasture, successional 
forest, and mature forest in the Chamela-Cuixmala region, western Mexico, classi-
fied by foraging guilds. 
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duced through a range of specific farm management strategies and agricul-
tural policies (Harvey et al. 2008a; Chazdon, Harvey et al. 2009; table 12-3).

The most fundamental approach to enhancing biodiversity in agricul-

Table 12-3. Examples of farm management activities that influence 
the biodiversity value of agricultural landscapes 

Activities that increase the conservation  
value of agricultural landscapes

Activities that decrease the conservation  
value of agricultural landscapes

Controlled burning (avoiding  
escape of fire into intact forests  
by establishing firebreaks) 

Indiscriminant use of fire (and escape  
of fires into adjacent forests)

Rotational and controlled grazing 
systems

Overgrazing and unsustainable  
stocking rates

Maintenance of natural regeneration 
within pastures

Elimination of natural regeneration in 
pastures and crop fields

Establishment of diversified forest 
plantations and agroforestry 
systems

Establishment of monocultures and  
exotic species

Planting of multistory, diverse live 
fences (preferably connected to 
forest patches)

Removal of existing live fences or  
simplification of live fence structure  
and diversity

Sustainable management  
of forests

Unsustainable harvesting of timber, 
firewood, and/or nontimber forest 
products from forest patches, riparian 
areas, fallow areas, and pastures

Establishment of fallows within 
agricultural areas

Uncontrolled grazing and trampling  
of riparian areas by cattle

Restoration of degraded areas to 
native forest cover

Conversion of forests or fallow areas  
to pasture or crop land

Use of sustainable land use practices 
(e.g., organic agriculture, agro-
forestry)

Unsustainable hunting or collection  
(for pet trade) of wildlife within  
forests and fallow areas

Use of integrated pest management 
strategies

Pollution or contamination of soils and 
water from agrochemicals (fertilizers, 
pesticides, etc.)

Sources are Harvey et al. 2005 and Harvey et al. in press.



SDTF Biodiversity and Conservation Value in Agricultural Landscapes 215

tural landscapes is to increase the amount, diversity, and connectivity of tree 
cover. Protecting existing forest fragments, riparian forests, and remnants 
of native habitat within agricultural landscapes should be a high priority 
(Bengtsson et al. 2003; Daily et al. 2001; Daily et al. 2003; Harvey, Vil-
lanueva et al. 2005; Harvey et al. 2006). Different taxa and guilds vary in 
their response to the types of on-farm tree cover present in agricultural 
landscapes. Highly degraded, unproductive areas within these landscapes 
should be restored through reforestation, natural regeneration, and/or en-
richment planting. The establishment and management of diverse forms 
of tree cover will ensure heterogeneous habitats for wildlife and resources 
for migratory species of birds and butterflies. Linear forms of tree cover, 
such as riparian strips and live fences, can increase habitat connectivity and 
enhance biodiversity within agricultural landscapes (Chacón and Harvey 
2006). Diversification of agroforestry systems offers another mechanism 
for enhancing tree cover, particularly in buffer zones surrounding existing 
protected areas and in biological corridors linking protected areas within 
the Mesoamerican Biological Corridor (Kaiser 2001; Miller et al. 2001).

Tree cover within agricultural landscapes is highly dynamic, largely 
due to changes in the way farmers design and manage their farms (Bosh-
ier et al. 2004; Harvey et al. 2004; Harvey et al. 2005; Komar 2008). 
Conservation biologists need to actively engage farmers in seeking long-
term, landscape-level management plans that address both conservation 
and production concerns. Tree diversity within pastures can be enhanced 
by encouraging farmers to retain a greater diversity of adult trees within 
pastures and to select (and retain) a greater number of regenerating trees 
within pastures. Diversity within live fences can be enhanced by providing 
farmers with a greater selection of tree species to plant (Zahawi 2005). 
Tree species that show limited regeneration in pastures could also poten-
tially be promoted through specific management strategies such as reten-
tion of adult trees as seed sources, protection of saplings and seedlings 
from weeding and grazing, and enrichment planting. Farm management 
practices are thought to be responsible for saving Leucena salvadorensis 
from extinction in Mesoamerica, through maintenance of genetic diversity 
on farms (Chamberlain et al. 1996; Hughes 1998).

Remnant trees in pastures can serve as seed sources to promote re-
generation of many species within the surrounding landscape. Unfortu-
nately, many forestry laws do not restrict harvesting of trees from pastures 
or regulate their densities or use, due to the misconception that these 
trees have little or no conservation value. On-farm tree cover also pro-
vides critical resources for migratory species. Many dry forest butterfly 
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species migrate seasonally to wetter lowland forests or to higher-elevation 
cloud forests (Haber and Stevenson 2004) and require tree cover along 
their migratory routes. 

Challenges to Biodiversity Conservation  
within Agricultural Landscapes

Any efforts to conserve biodiversity within agroecosystems in the SDTF of 
Mesoamerica will require strong alliances with the farmers who own and 
manage agricultural land (Vandermeer and Perfecto 2005, 2007; Harvey, Ko-
mar et al. 2008). Decisions about tree cover within these landscapes may have 
negative or positive impacts on the value of this land for biodiversity conserva-
tion by changing the amount or type of tree cover, its structural and floristic 
complexity, or its arrangement in the landscape (Harvey, Alpizar et al. 2005). 

Common management practices such as the indiscriminant use of fire, 
cattle grazing in riparian areas and forest patches, hunting, conversion of 
fallow areas to pastures, or conversion of forests to pastures reduce the qual-
ity of the agricultural landscape for biodiversity conservation. Fire is used 
widely throughout the region to clear new areas for shifting cultivation, pre-
pare land for the planting of crops, eliminate weeds and stimulate regrowth 
in existing pastures, or eliminate weeds and pests (snakes, rats) from pas-
tures and crop fields prior to planting grass or crops, and also prior to har-
vesting sugarcane (another key land use in the dry forest region). Although 
the information on the number and extent of fires is scarce, each year larger 
areas of land are burned—particularly in the dry season when farmers use 
fire to prepare lands for cultivation (Middleton et al. 1997; Billings and 
Schmidtke 2002). For example, it is estimated that 1.1 million hectares of 
land were burned in Central America during 1998 (of which 653.3 hectares 
were in agricultural landscapes and the remainder in forest areas), while an 
estimated 1.5 million hectares were burned in Central America and Mexico 
during 1999 (SCBD 2001). A significant proportion of these fires occur in 
dry forest ecosystems. A study in 1998 estimated that 42,486 wildfires oc-
curred in Central America, burning 1.1 million hectares of land. 

Harvesting of firewood presents a second important threat to on-farm 
tree cover. Particularly in rural areas where firewood is the key fuel, indis-
criminant harvesting of firewood from forests and fallow areas can severely 
reduce tree diversity and negatively impact wildlife. In Masaya, Nicaragua, 
at least 64 tree species were being commercialized in the fuelwood market 
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by vendors (McCrary et al. 2005). The majority of the fuelwood comes 
from on-farm tree cover, such as live fences, windbreaks, and fallow areas, 
yet as much as one-third to one-half of the fuelwood was harvested from 
natural forests (including protected areas). Harvesting of fuelwood from 
natural forests is particularly prevalent during the dry season, when these 
forests are most easily accessed. 

Decisions by farmers to increase tree cover within their farms by retain-
ing forest patches, fencing off forests and riparian areas to prevent cattle 
entry, planting new live fences, establishing forest plantations, or convert-
ing agricultural systems to agroforestry systems will rarely be made without 
financial incentives. Therefore, payments to subsidize reforestation efforts 
or to cover fencing costs are required to encourage practices that enhance 
on-farm tree cover and increase the diversity and quality of forested habi-
tats. For example, in projects where payments for environmental services 
are available to farmers to help offset the costs of establishing on-farm tree 
cover, farmers have readily increased the number of live fences in pastures 
and allowed greater natural regeneration of trees (e.g., Pagiola et al. 2005).

A further challenge in biodiversity conservation within agricultural 
landscapes is that land use and landscape composition are subject to rapid 
change with minimal regulation. Changes in agrarian and economic poli-
cies, such as the adoption of the Central American Free Trade Agreement 
or sudden increases in prices for cattle or other commodities, can rapidly 
change the composition of the landscape, with certain impacts on biodi-
versity (Harvey, Alpizar et al. 2005). The 1996 Forestry Law of Costa Rica 
prohibits clearing of existing forest for agricultural land use—but farmers 
are now hesitant to abandon agricultural lands, as they will lose their rights 
to use these lands for agriculture in the future. Similarly, if sugarcane be-
comes more profitable because of changes in the Central American Free 
Trade Agreement, many pasture areas may be converted to sugarcane, fur-
ther decreasing the potential for forest regeneration. 

Research Priorities for Assessing Biodiversity  
in Agricultural Landscapes

Our synthesis clearly reveals the need for further research to assess the bio-
diversity of species utilizing agricultural areas and to promote application 
of adaptive management to changing agricultural systems and landscapes, 
changing socioeconomic contexts, and emerging threats to biodiversity. 
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Landscape-level studies should be conducted in a broad range of different 
types of agricultural landscapes in dry forest zones encompassing different 
countries and different historic and current patterns of land use and agri-
cultural management (Chazdon, Harvey et al. 2009). These studies will 
provide critical information needed to maximize biodiversity conservation 
potential in agricultural landscapes of dry tropical forest regions: 

 • investigations of demography, breeding behavior, and population 
genetics of wild flora and fauna in agricultural landscapes

 • studies of habitat use, resource use, species interactions, range sizes, 
and movement patterns of animals within the agricultural landscape

 • assessments of the effectiveness of buffer zones and corridors for the 
conservation of target species of conservation concern 

 • assessments of the effects of agrochemicals (and pesticide drift), 
human disturbance, fire, and harvesting of natural products on plant 
and animal communities 

 • characterization of relationships between biodiversity, farm produc-
tivity, and ecosystem services to provide a more rigorous scientific 
basis for environmental payment schemes and other incentives for 
conservation

 • assessment of the economic value (and costs) of biodiversity to agri-
culture (e.g., Ricketts et al. 2004) to evaluate the gains, losses, and 
trade-offs of encouraging wildlife presence on farms

 • investigations of long-term dynamics of natural forest regeneration 
and succession in agricultural landscapes, including studies of veg-
etation, vertebrate and invertebrate taxa, and comparisons with wet-
forest successional dynamics 

Conclusions

Because of their great extent and proximity to protected areas, agricultural 
landscapes of the tropics are critically important for biodiversity conser-
vation. Within Mesoamerica today, agricultural landscapes still contain 
significant levels of biodiversity (DeClerck et al. 2010). Urgent action is 
needed to promote sustainable farming practices that enhance conservation 
of wild species within these landscapes (Harvey, komar et al. 2008). At 
the same time, basic ecological knowledge regarding the habitat utilization, 
movements, breeding biology, and diversity of species within these land-
scapes is urgently needed to provide a sound basis for conservation policies 
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and action. As illustrated in chapter 11, SDTF fragmentation represents 
a significant threat to the maintenance of species interactions, particularly 
those relevant to plant reproductive success and genetic diversity. Given 
that agricultural landscapes bring about forest fragmentation, work is ur-
gently needed to define to what extent agroscapes can support significant 
proportions not only of the local biodiversity but also of the ecological 
processes that generate and maintain such biodiversity. Conservation biolo-
gists need to extend the scope of their research activities to include studies 
within agricultural areas (Chazdon, Harvey et al. 2009). Ultimately, the 
fate of tropical biodiversity will be determined by management decisions 
and government policies that affect entire landscapes and regions. Despite 
many challenges, agricultural landscapes in dry forest regions offer the po-
tential to cultivate a more secure future for biodiversity. 
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Chapter 13

Pasture Recolonization by a Tropical  
Oak and the Regeneration Ecology  
of Seasonally Dry Tropical Forests 

Jeffrey A. Klemens, Nicholas J. Deacon,  
and Jeannine Cavender-Bares

Fragmentation and habitat destruction of tropical forests is nowhere more 
apparent than in the seasonally dry tropical forests (SDTFs) of Central Amer-
ica (Janzen 1988b; chap. 1). In Central America, old-growth tropical dry 
forest had been reduced to less than 20 percent of its original extent by the 
mid 1980s (Trejo and Dirzo 2000), largely as a result of disproportionately 
high human population density and intensive agricultural activity within this 
habitat zone (Murphy and Lugo 1986a). Although rates of deforestation 
in Central America peaked in the twentieth century, palynology data indi-
cate that humans have been using fire to manipulate forest cover in Central 
American SDTF for thousands of years (Janzen 1988b; Piperno 2006). 

Although preserving the few remaining stands of old-growth SDTF in 
Central America is of critical importance to biodiversity conservation in the 
region, the remaining stands of intact, mature forest may be too small and 
isolated from one another to preserve this system (Bierregaard et al. 1992; 
Laurance, Lovejoy et al. 2002; Laurance et al. 2006; chap. 12). The conser-
vation biology of Central American SDTF, therefore, must be in large part 
restoration biology (Janzen 1987). 

The challenges facing restoration efforts in SDTF are manifold. 
Much of the tropical conservation literature has focused on the status and 
 importance of tropical rain forest (Quesada, Sánchez-Azofeifa et al. 2009). 
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This may be due to the fact that old-growth SDTF is becoming rare in 
the Neotropics (chap. 3). The very rarity of SDTF hinders scientific work 
on forest regeneration, as there is very little high-quality SDTF to study. 
Without an understanding of how ecological processes relevant to regen-
eration operate in intact forests, it is challenging to determine how they are 
altered by fragmentation. Another challenge is that SDTFs are dominated 
by secondary growth (Quesada, Sánchez-Azofeifa et al. 2009). Abandoned 
agricultural fields face particular restoration challenges, such as the presence 
of exotic ungulates or a history of management by intense and frequent fire. 
Historical land use has resulted in great variation in species composition 
and forest characteristics of current SDTF, from closed-canopy evergreen 
forests to scrub savannas dominated by exotic pasture grasses. Variation in 
climate and soil properties also contributes to structural variation in SDTF. 
Even relatively undisturbed SDTF will show a high degree of variation 
across sites within regions due to the amount and pattern of rainfall and 
soil properties (Powers et al. 2009).

Despite the rarity and continued loss of SDTF, restoration of SDTF 
has rarely been attempted on a large scale. Worldwide, most restoration ef-
forts have been passive and undocumented in the scientific literature (e.g., 
Fajardo et al. 2005). However, several regions in Latin America are well 
described. Colón and Lugo (2006) demonstrated that the outcome of 50 
years of passive restoration of SDTF in Puerto Rico was highly dependent 
on past land use patterns. Calvo-Alvarado et al. (2009) found evidence 
for major recovery of forested area since the 1980s in Guanacaste prov-
ince, Costa Rica, although they concluded that this was mostly a result 
of economic and social changes in the region and had little to do with 
conservation policy. Nevertheless, deforestation of SDTF continues out-
side park boundaries. Sánchez-Azofeifa, Daily et al. (2003) showed that 
outside of the network of protected areas in Costa Rica, deforestation has 
not declined. Similarly, substantial forest regrowth has occurred within the 
Chamela-Cuixmala Biosphere Reserve, but beyond the boundaries a high 
degree of fragmentation continues (Sánchez-Azofeifa et al. 2009).

Although few studies document restoration of SDTF, many studies 
have identified factors that limit forest regeneration These include ungulate 
exclusion (e.g., Cabin et al. 2002), a complex issue because ungulates may 
either facilitate regeneration (by reducing fuel loads in fire-prone areas; 
Janzen 1986a) or retard it (by grazing or trampling establishing seedlings; 
Cabin et al. 2002). The use of “framework” or “nuclear” trees to reduce 
grass cover and provide habitat for seed dispersers has also been advocated, 
but species selection requires an understanding of both the growth of the 
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framework species and the seedling community that establishes beneath it 
(Elliot et al. 2003). The role of seed rain and the distribution and germi-
nation of seeds outside of fragments (Holl 1999) as well as appropriate 
timing of reseeding efforts (e.g., Mascia Vieira et al. 2008) have also been 
identified as critical factors in regeneration of SDTF. One common thread 
among all of these studies, however, is that the parameters for restoration 
discovered from this bottom-up approach depend largely on local condi-
tions. As a result, it is unlikely that general solutions to SDTF restoration 
will be discovered. In an instructive example, Griscom et al. (2009) showed 
that while removal of cattle was beneficial to restoration, herbicide applica-
tion to control exotic grasses only improved outcomes in sites that were far 
from remnant forest fragments. Inappropriate restoration techniques may 
even have a negative impact on “natural” regeneration. Sampaio, Holl et al. 
(2007) showed that in Brazilian cerrado, passive restoration (preventing 
disturbance) is superior to some active restoration techniques (those that 
involve mowing or plowing before planting nursery-grown seedlings). As a 
result, they argued that reseeding efforts should be targeted and limited to 
species not naturally regenerating in the area of interest.

SDTFs in Guanacaste and the  
Area de Conservación Guanacaste

The Area de Conservación Guanacaste (ACG) is a 110,000-hectare con-
servation area located in northwestern Costa Rica. About 50,000 hectares 
of its area are SDTFs, averaging about 1500 millimeters of rain per year. It 
experiences a 6-month dry season running from December to May of each 
year. Unpredictable weather events such as hurricanes cause a high degree 
of year-to-year variation in rainfall, although it is unusual for more than a 
few millimeters of rain to fall during the dry season. 

Throughout Guanacaste there has been widespread conversion of 
SDTF to pastureland for the grazing of cattle and selective logging for 
valuable species such as lignum vitae (Guayacan sanctum) and mahogany 
(Swietenia humilis). Tropical dry forest in the ACG now exists as a complex 
mosaic of SDTF and pastures in varying states of regeneration. True old-
growth SDTF is restricted to a few very small patches, which have been 
selectively logged. There also exist extensive stands of SDTF that are more 
than 100 years old that support high tree and animal diversity.

The core area of the ACG, Parque Nacional Santa Rosa, was declared a 
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national park in 1971 to protect high-quality tropical dry forest habitat (Jan-
zen 1986b). Throughout the 1970s, 80s, and 90s, the main external threat to 
this conserved wildland and the remnant forests surrounding it was anthro-
pogenic fire used to maintain cattle pastures. These fires were devastating to 
remnant forest patches because of high fuel load from the introduced pasture 
grass species jaragua (Hyparrhenia rufa). Following the establishment of the 
national park, fires set by neighboring landowners encroached on the pro-
tected area, causing persistent degradation of remnant forest stands. 

Since the mid 1980s a fire control program within the ACG has re-
duced the impact of fire on SDTF regeneration tremendously, limiting the 
area burned to fewer than 2000 hectares per year. Since active fire suppres-
sion began in the 1980s, rapid recolonization of abandoned pastures by 
woody vegetation has been observed in much of the seasonal ACG (Janzen 
1986a, 1988d).

Efforts to actively manage regeneration of SDTF in the ACG have been 
minimal. However, Guanacaste SDTF appears to be amenable to passive res-
toration. SDTF soils are more fertile than many tropical soils, and many spe-
cies grow well even in soils taken from beneath pasture vegetation (Klemens 
2003). Also, the major introduced species, jaragua (Hyparrhenia rufa), does 
not outcompete woody vegetation directly but persists because it tolerates 
fire better than woody species (Daubenmire 1972a). Many SDTF species are 
therefore able to establish in the middle of a jaragua pasture, including many 
“old-growth” species (Janzen 1988b; Gerhardt 1993), although subsequent 
survival in the pasture environment seems to be highly species specific (Ger-
hardt 1993) and has not been monitored in a comprehensive way.

Quercus oleoides in Guanacaste

Our work focuses on the regeneration of the tropical live oak, Quercus ole-
oides, in the ACG. Although the ACG is one of the “success stories” of SDTF 
restoration, the regeneration of Q. oleoides forests is thought to be severely 
“limited” under the current regime of passive regeneration, compared 
with other taxa in the regional species pool. These mono-dominant forests 
formed a unique SDTF ecosystem that once covered tens of thousands of 
hectares of Guanacaste Province prior to the severe forest fragmentation of 
the last century (Boucher 1981; Janzen 1987). Structurally and ecologi-
cally important species that do not respond to a particular regeneration 
regime are a major challenge to restoration in SDTF. Despite being for-
merly widespread, Q. oleoides is something of a biological enigma here: the 
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local population is geographically disjunct, physiologically differentiated, 
and genetically distinct from conspecifics and similar species (J. Cavender- 
Bares, A. Pahlich, A. Gonzalez-Rodriguez, and N. Deacon, unpublished 
data; Cavender-Bares 2007). Unlike many other dry forest species, Q. ole-
oides is geographically quite restricted within Costa Rica. Moreover, Q. 
oleoides is ectomycorrhizal in a habitat dominated by vesicular arbuscular 
mycorrhizal associations, possesses an atypical developmental process with 
regard to germination and emergence system (a fruit type and associated 
dispersal syndrome that is extremely rare in the tropics), is wind pollinated 
in a habitat dominated by insect-pollinated species, and is evergreen in a 
habitat where most species are deciduous or semideciduous. Finally, a large 
proportion of trees in the population show a reproductive phenology that 
seems largely mismatched to the seasonally dry environment of Guanacaste 
(Cavender-Bares et al. 2010), producing crops of dessication-sensitive 
acorns at the beginning of a lengthy dry season that is more severe than 
anywhere else in its range. 

Despite this seeming mismatch between traits and environment, Q. ole-
oides is the most common large tree wherever it occurs and may represent 
80 percent or more of individuals present at a site (Boucher 1983). The 
persistence of leaves in the dry season is probably explained by drought ad-
aptations common to many oaks (e.g., Abrams 1990; Pallardy and Rhoads 
1993; Goulden 1996; Cavender-Bares et al. 2004). The evergreen leaves 
are very resistant to wilting, compared with co-occurring species (Brodribb 
et al. 2003; Brodribb and Holbrook 2005; Cavender-Bares et al. 2007). 
Continued gas-exchange rates and high predawn water potentials of ma-
ture trees during the dry season suggest that they are deep rooted as adults, 
although seedlings are considerably more vulnerable (Cavender-Bares, un-
published data). The abundance of Q. oleoides in the region and its unusual 
combination of functional traits make it an extremely important species 
in Guanacaste dry forest communities. The seeds are consumed by a wide 
range of mammalian and avian seed predators, and its evergreen habit af-
fects the abiotic environment experienced by many dry forest organisms. 

Scale of the Study 

In the ACG, Q. oleoides extends from the dry forest of sectors Santa Rosa and 
Santa Elena, at approximately 280 meters elevation, to the much wetter forests 
at approximately 800 meters on the Pacific slope of Volcán Rincón de la Vieja.

Because our study was designed to examine the range of habitat types 
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present within the ACG, six study sites were chosen that exhibited an abrupt 
ecotone between mono-dominant oak forest and abandoned pasture: three 
low-elevation (approximately 280 meters) dry forest sites in sector Santa 
Rosa and three high-elevation (approximately 800 meters) wet forest sites 
on the Pacific slope of Volcán Rincón de la Vieja. The particular sites were 
selected for the presence of a clear forest-pasture ecotone across which to 
establish transects and to be generally representative of the biophysical en-
vironments present at the two elevations (fig. 13-1). 

Figure 13-1. Abiotic differences in adjacent forest and pasture ecosystems. (A) Daily 
integrated photosynthetic active radiation (PAR) across the forest-pasture ecotone 
during the wet and dry seasons averaged for six sites. The x-axis indicates the dis-
tance from the edge (0) into the forest or the pasture. (B) Estimated values of volu-
metric soil water content θ to 30 centimeters depth) averaged for 10 meters and 20 
meters into the forest or the pasture for the three upland (800 meters) and three 
lowland (300 meters) sites. θ measurements were made using time domain reflec-
tometry and calibrated with the equation θ = (67.345*x) – 149.74 for highlands 
and θ = (32.643*x) – 67.678 for lowlands, where x is flight time of the electro-
magnetic pulse in arbitrary units, following Cavender-Bares and Holbrook (2001). 
(C) Seasonal high and low daily means for temperature. (D) Relative humidity at 
20 meters into the forest or pasture for the same sites. For B–D, significant dif-
ferences between means in the forest and the pasture, based on two-way ANOVA 
with habitat and site as main effects, are indicated as follows: ***P < 0.001, 
**P < 0.01, *P < 0.05. 
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Our study focused on the immediate forest-pasture transition; if there 
were factors limiting regeneration into the pasture, we expected them to 
operate near the patch edge. At each site we established three 40-meter 
transects across the ecotone. All transects at a site were within 100 meters 
of one another, but no two were closer than 20 meters. Each transect con-
sisted of seven points: one at the patch edge, defined as the farthest extent 
of oak canopy into the pasture, and 5, 10, and 20 meters from the edge in 
both directions. 

Recolonization Failure

It has long been believed among workers in the ACG that the Q. oleoides 
forest is not regenerating, compared with other forest types, despite widely 
dispersed remnant populations that set large seed crops on a regular basis 
(Boucher 1981). Visually this is apparent as a clear boundary between the 
oak forest and the adjacent pasture.

We attempted to quantify this by surveying naturally established ju-
venile oaks along the transects described above. Plants were sampled in a 
band 2 meters wide along the transects; seedlings and juveniles less than 
250 centimeters tall were included in the sample. Across all six sites, 819 
seedlings and juveniles occurred on the transects.

At all sites, seedling density dropped to nearly zero at 0–5 meters be-
yond the forest edge, with only the occasional seedling establishling beyond 
the oak canopy (fig. 13-2). These results indicate that seedlings are naturally 
establishing beneath oak canopy but are absent in pastures. Hence, any ex-
planation for limitation must operate at this scale. 

Explanations for Limits to Regeneration

Three major explanations for regeneration or recolonization failure in Q. ole-
oides have been proposed. The first is that for small stands, rates of seed pre-
dation are so high that remnant forest patches fail to satiate the local preda-
tor community (Boucher 1981). Second, Hallwachs (1994) suggested that 
Q. oleoides seedlings are unable to tolerate the physical environment of the 
pastures or are outcompeted there by jaragua. Finally, because of the atypi-
cal dependence of Q. oleoides on ectomycorrhizal fungal  symbionts relative 
to the vesicular arbuscular mycorrhizal dependence of most dry forest spe-
cies, Boucher (1983) suggested that perhaps too little ectomycorrhizal my-
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celia remained following conversion of oak forest to grassland to inoculate 
seedlings. Another possibility is that dispersal limitation prevents recoloni-
zation, as has been demonstrated for other animal- dispersed species (e.g., 
Zimmerman et al. 2000; Dalling et al. 2002; Denslow et al. 2006; Dosch 
et al. 2007). 

Figure 13-2. Distribution of naturally occurring seedlings across the forest-pasture 
transition occurring at six oak forest sites (see inset). Solid lines and closed sym-
bols from three lowland dry forest oak patches at 300 meters elevation, dashed 
lines with open symbols from three oak patches near the dry-forest–wet-forest 
transition at 800 meters. Values plotted are means of seedling density on each of 
three 2-meter-wide transects stretching between the distances indicated. A two-way 
nested ANOVA comparing the density of naturally occurring seedlings across the 
forest-pasture transition shows a significant effect of distance from the midpoint of 
the transition (df = 5, MS = 5.16, F = 32.2, P < 0.0001) and a significant effect 
of site (nested within forest type: upland or lowland; df = 4, MS = 1.05, F = 11.9, 
P = 0.035). Interactions of forest type and distance from the edge (df = 5, MS = 1.6, 
F = 10, P < 0.0001) as well as site by distance (df = 20, MS = 0.525, F = 3.28, 
P = 0.011) were also significant. Forest type, transect (site), and the interaction of 
transect by distance from the edge were not significant.
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Seed Predation

The only previous empirical work focused on regeneration of Q. oleoides is 
the work of Boucher (1981). Boucher concluded that for small stands of 
oaks, at least, seed production was insufficient to satiate the local preda-
tor community and suggested that this explained the failure of Q. oleoides 
forests to regenerate on the landscape. A large number of vertebrate seed 
predators do consume acorns in large numbers (table 13-1). There are, 
however, several reasons to doubt whether seed predation is sufficient as a 
general explanation for regeneration failure in Guanacaste. First, as shown 
above, oak seedlings exist at relatively high density within oak patches and 
on the forest pasture ecotone (fig. 13-2). Second, viable acorns can be 
collected from oak stands throughout the wet season and can be observed 
germinating in place. Third, Boucher assumed a long time interval dur-
ing which acorns were exposed to predators, and this interval was used 
to project seedling germination and survival rates based on seed preda-
tion rates observed over the short term. However, in all cases where we 

Table 13-1. Vertebrate seed predators known to consume Quercus oleoides acorns 
and details of the spatial patterns of the interaction 

Consumer/disperser Interaction with  
Quercus oleoides Distance Movement in pasture

Variegated squirrel (Sciurus 
variegatoides)

Predator (1) Close No, highly  
arboreal

Agouti (Dasyprocta punctata) Predator (1),  
scatterhoarder (3)

> 30 m Limited, cross 
pastures, do  
not cache there

Deer (Odocoileus virginianus) Predator (1) Close Yes

Collared peccary (Tayassu 
tajacu)

Predator (1) None Cross, limited 
foraging

White-faced monkey (Cebus 
capucinus)

Rare predator* (1) Close No

Spiny pocket mouse (Liomys 
salvini)

Predator (1) Close Short distances  
up to 50m**

Magpie jay (Calocitta formosa) Predator (1), cacher (?) Far Forage in pastures

Parrots (Amazona sp., 
Pionopsitta sp.)

Predator (2) Close (drop) Forage in pastures

*infrequently in oak forest, effect mostly on edge oaks in contact with more diverse forest
**in pasture to forest direction (Janzen 1986c)
Sources are (1) Boucher 1981, (2) Boucher 1983, (3) Hallwachs 1994.
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observed mature acorns falling from trees, they germinated and extended 
the primary radicle within days of landing on the soil surface given even 
moderate levels of soil moisture. An experiment conducted on seeds from 
a number of different parental trees indicated that 78 plus or minus 23 
percent of seeds collected from the ground would germinate immediately 
if placed in a damp environment. However, even mild desiccation (i.e., 
air drying during the humid wet season in the absence of direct sunlight) 
reduced germination rates to 18 plus or minus 19 percent after 5 days of 
desiccation. Germination was reduced to 0 percent after 15 or 29 days of 
desiccation (data not shown). 

Finally, direct measurements of seed removal rates indicated that seed 
predators are not removing seeds at a high enough rate to prevent seedling 
emergence, given the rapidity of germination. Furthermore, at sites where 
predation rates varied between the forest and the pasture, seed survival was 
higher in the pasture than the forest (fig. 13-3). 

These results, taken together with the observations of naturally occur-

Figure 13-3. Pooled seed removal rates in the forest in the pasture habitats for the 
six study sites. Values are the averages of the per cage removal rates in forest and 
pasture points on each transect. A randomized two-way nested ANOVA of short-
term removal rate shows a trend in forest type over site (df = 1, MS = 1.777, F = 
7.20, P = 0.0586). There was a significant effect of site nested within forest (df = 
4, MS = 0.247, F = 3.78, P = 0.0172) and the interaction of habitat by site (df = 
4, MS = 0.257, F = 7.86, P = 0.0010). Habitat and the interaction of habitat by 
site were not significant. 
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ring seedling establishment, indicate that while seed predation undoubt-
edly plays a role in local regeneration dynamics, it is unlikely to serve as a 
general explanation for regeneration failure.

Survival and Growth of Seedlings

The pasture is significantly hotter than the forest understory, and during 
the dry season it is significantly drier, in terms of both atmospheric relative 
humidity and soil moisture (fig. 13-1). It is not well understood to what 
extent the seedlings tolerate the dry season, particularly in the harsh and 
variable conditions of the pasture environment. In general, oak seedlings 
are less resistant to drought than mature trees because of shallower root-
ing and less desiccation-tolerant leaves (Cavender-Bares and Bazzaz 2000). 
Potential competitive interactions with the exotic pasture grass, jaragua, 
which already has established root systems, provide further reason to con-
sider that seedlings may be particularly vulnerable in the pasture.

To test seedling performance in pastures relative to the forest un-
derstory, seeds were planted into the predator exclusion cages on the 
transects at each site in early July 2005. Seeds were monitored monthly 
or semimonthly over the next year for emergence and survival. A subset 
of these seedlings was harvested after 6 months to assess the degree of 
mycorrhizal infection on the roots. All remaining seedlings were har-
vested after one year and root systems excavated to assess the rate of 
mycorrhizal infection.

Emergence

Overall emergence rates varied among sites and among transect positions; 
however, there was only a moderate drop in emergence rate in the pasture 
habitat (fig. 13-4A).

Survival and Growth

Survival of emerged seedlings was uniformly high, with the median sur-
vival higher than 80 percent for all distances (fig. 13-4B). There was no 
significant effect of transect position on survival. For growth, measured as 
total aboveground dry mass for each harvested plant, there was a significant 
effect of transect position. Plant growth was highest at 10 meters into the 
pasture (fig. 13-4C) and was generally higher in the pastures. 

While additional experiments are ongoing, these data lead us to 
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 conclude that seeds and young seedlings of Q. oleoides are robust in the face 
of the biotic and abiotic conditions of the pasture environment. Compe-
tition with grasses does not appear to inhibit seedling performance once 
seedlings have emerged and may even facilitate it. Gerhardt (1993) ob-
served that the dry season is the time at which most seedling mortality oc-

Figure 13-4. (A) Effect of transect position on emergence rate per cage. A two-way 
nested ANOVA comparing emergence across the forest-pasture transition shows 
significant effects of distance (df = 6, MS = 0.230, F = 8.018, P < 0.0001), site 
within forest type (df = 2, MS = 3.036, F = 177, P < 0.0001), and the interaction 
of site by distance (df = 12, MS = 0.181, F = 6.336, P < 0.0001). Forest type, 
transect nested within site, the forest by distance interaction, and the transect by dis-
tance interaction were not significant. (B) Survival to greater than 1 year of emerged 
seedlings as a function of transect position. A two-way nested ANOVA comparing 
survival across the forest-pasture transition shows a significant effect of site nested 
within forest type (df = 2, MS = 0.735, F = 7.470, P = 0.001). Distance, forest 
type, the interactions of forest by distance, and site by distance were not significant. 
For all box plots, heavy lines are medians, boxes represent middle quartiles of the 
distribution, whiskers are set to 1.5 times box length, and open circles are outliers. 

(A)

(B)
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curs in SDTF. However, in our study seedling mortality often occurred 
in the wet season, perhaps due to submersion by flooding during the wet 
season, fungal infection, or light limitation in forested areas. 

Ectomycorrhizal Infection

In December 2005 (5 months postplanting) a small sample of plants was 
harvested from each position on one transect at one wet forest and two dry 
forest sites in order to assess mycorrhizal infection. For each plant, a target 
sample of 300 to 400 root tips was examined under a dissecting micro-
scope. For many plants fewer root tips were recovered, as oak root tips are 
very delicate and have a high tendency to shear when removed from clay 
soils, despite soaking of the soil with water and cutting through the soil 
with a sharp knife before extraction. As a result, complete samples could 
not always be collected, and the wet forest site examined is missing the 
data from the edge transect position. Fungal morphotypes were identified, 
photographed, and counted. From these data, the number of morphotypes 
and the percentage of root tips that were infected with mycorrhizae were 
calculated following Kennedy et al. (2003). 

Among our samples, infection was uniformly high (fig. 13-5A). 

Figure 13-4. (C) Dry mass in grams of surviving seedlings as a function of transect 
position at final harvest in July 2006. A two-way nested ANOVA comparing final 
seedling size across the forest-pasture transition shows a significant effect of distance 
(df = 6, MS = 0.675, F = 8.426, P = 0.001). There is no significance of forest type 
or site nested within forest type. The interactions of forest by distance and site by 
distance were also not significant.  

(C)
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ANOVAs of both morphotype diversity and percent colonization indi-
cated that there was a significant or marginally significant effect of site on 
both measures of fungal colonization but no effect of transect position on 
either variable. Also notable is that some of the highest ectomycorrhizal 
diversity observed among all samples occurred in the pasture environ-
ment (fig. 13-5B). Species richness of morphotypes was plotted against 
the number of tips successfully collected from each sample in order to 
see if differences in richness might simply be a function of the number 
of tips recovered. There was no relationship between number of tips col-
lected and number of morphotypes encountered (R2 = 0.04, p = 0.38) 
and sites tended to cluster in terms of both morphotype diversity and tips 
collected, meaning that relative comparisons of transect positions within 
sites are appropriate. 

These data, taken together with the data presented earlier on robust 
plant growth in the pastures, suggest that a lack of fungal symbionts is not 
likely to be important in limiting regeneration in this species. This is sur-

Figure 13-5. Mycorrhizal infection of plants grown from seed along three tran-
sects, each at a different site, at the early harvest (December 2005). (A) Number 
of distinct morphotypes present at each transect position. (B) Proportion of root 
tips colonized for the same samples. Dotted lines with open circles are for site SRF, 
dashed lines with open triangles for FJ, and solid circles with unbroken line for VJ. 

(B)

(A)
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prising, given the paucity of ectomycorrhizal species in this system and the 
important role that ectomycorrhizal fungi may play in maintaining mono-
dominance in tropical forest systems (McGuire 2006). Studies in tropical 
vesicular arbuscular mycorrhizae systems have shown, however, that pas-
ture soils often contain as much or more innoculum potential as forest soils 
(Fischer et al. 1994), and a study in SDTF showed that innoculum from 
early successional stages (2 years postburning) promoted seedling growth 
more effectively than fungal innoculum drawn from later successional 
stages (Allen et al. 2003). 

It also contrasts somewhat with recent studies of forest-grassland sys-
tems in the temperate zone (Dickie and Reich 2005; Dickie et al. 2007). It is 
possible that at some point beyond our sampling scale (20 meters into pas-
ture) infection would decrease, and at that scale it may limit regeneration. 

Dispersal Limitation

Growth and survival of seedlings seem to be robust in the pasture environ-
ment over the timescale of our study. Therefore, at least in favorable years, 
it seems clear that Q. oleoides seedlings will not be prevented from establish-
ing in the pasture environment. Furthermore, there does not appear to be 
a generalized reproductive failure, based on the abundant recruitment of 
seedlings within oak patches (fig. 13-2).

The remaining plausible explanation is that acorns do not arrive in the 
pasture environment in the first place. One major difference in the oak for-
ests of Guanacaste compared with the oak forests of temperate America 
is the absence of squirrels that exhibit caching behavior. North American 
squirrels are behaviorally flexible and highly mobile dispersers that serve as 
effective dispersers of acorns in the temperate zone (Steele and Koprowski 
2001). The variegated squirrel, the only squirrel native to most of the range 
of Q. oleoides in Guanacaste, is almost completely arboreal and is not known 
to exhibit caching behavior (Harris 1937; Boucher 1981). 

Most vertebrates that interact with Q. oleoides in Guanacaste probably 
act exclusively as seed predators (Boucher 1983) (table 13-1). The mammal 
most likely to play a large role in oak seed dispersal is the Central Ameri-
can agouti (Dasyprocta punctata), which has been shown to play a dispro-
portionate role in the dispersal of other large-seeded SDTF species (Hall-
wachs 1986). Although agoutis will cross open pasture, they do not cache 
seeds in pastures (Hallwachs 1994) or even in large forest gaps (Hallwachs 
1986). It has been shown that in fragmented oak forests in the United 
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States, fragmentation-tolerant squirrel species (Sciurus niger) can make up 
for the absence of more fragmentation-sensitive species (S. carolinensis) in 
maintaining substantial dispersal (Moore and Swihart 2007). However, no 
such secondary disperser occurs in Costa Rican SDTF. 

Preliminary data on seed dispersal in this system (Klemens and M.A. 
Steele, unpublished data) indicate that most seeds are killed within a few 
meters of the presentation point, and we have so far failed to detect any 
movement of seeds from the forest environment into the pastures. In fact, 
when seeds are moved, they seem to be moved deeper into oak patches, 
away from the pasture. Many unanswered questions remain, however, and 
this is an important area for future study. 

Conclusions and Implications for Restoration

Our data indicate that acorns germinate and survive in abandoned pastures. 
Once they are established, growth appears to be promoted by the high-
light environment of the pastures. However, given the lack of effective dis-
persal agents, recolonization is likely to occur only very gradually outward 
from the edge of the forest. The combined results of these experiments 
help provide guidelines for active restoration of tropical live oak forest 
ecosystems. Given the plausible role of dispersal limitation and the high 
performance of established oak seedlings in the pasture, a direct-planting 
strategy is likely to work well. Seeds or seedlings can be planted into aban-
doned pastures during the wet season to give their roots time to establish 
before the dry season. As seedling nurseries to facilitate such efforts can be 
readily established at low cost and with minimal maintenance, our find-
ings thus far are optimistic with respect to the regeneration potential of 
the live oaks in Guanacaste. Given the complexity of the tropical dry forest 
agroscape, this study demonstrates the utility of basic research in deciding 
among alternative restoration strategies. Our understanding of this system 
remains preliminary, but it reinforces the notion that any understanding of 
SDTF regeneration will depend on understanding how highly local, and 
even species-specific, factors, both “natural” and anthropogenically caused, 
interact to promote or retard regeneration. This may be the major challenge 
to restoration ecologists working within a particular system. As there is 
no reason to expect that many general solutions to the problem of SDTF 
restoration will emerge beyond “stop the disturbance,” for any restoration 
effort there is probably no substitute for immersion in the natural history 
of the organisms involved. 
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Seasonally dry tropical forests (SDTFs) are preferred habitats for people 
who live in the Neotropics. The reasons for this are straightforward. There 
are fewer big trees in dry forests than in moist or wet forests, and the land 
is easier to clear for farming. It is also easier to burn the felled trees and 
slash after clearing, because of the seasonal drought. Once the tree cover 
has been removed, the underlying soils are frequently more fertile than 
those found in regions of higher rainfall, because nutrient leaching is less 
extreme. Finally, the pronounced dry season keeps pest levels down in ag-
ricultural fields and reduces the incidence of mosquito-borne and fungal 
pathogens that cause health problems. It is not surprising that in many 
Central American countries the population density in dry forest areas is 
three to four times higher than that found in wet forest areas (Tosi and 
Voertman 1964). 

Long-term human presence in Neotropical dry forests has produced 
both positive and negative results. On the positive side, communities liv-
ing in dry forest areas have amassed a wealth of ethnobotanical information 
about local plant species. They have learned the properties, uses, and eco-
logical requirements of hundreds of native species. For example, one recent 
study in Pernambuco, Brazil, found that more than 80 percent of the species 
recorded had local uses (Albuquerque et al. 2005), more than 400 species of 
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medicinal plants were recorded in a survey of four municipalities of north-
eastern Brazil (Victor 1990), and the Tarahumara of Chihuahua, Mexico, 
use 176 different species for food alone (Bye 1989). Clearly, the people who 
opted to settle in Neotropical SDTF learned a lot about the local flora. 

The negative result of human occupation of SDTF areas is the ever-
increasing rate at which the forest is being disturbed, depleted, or con-
verted to other forms of land use. Dry forests have been overexploited for 
nontimber forest products, subjected to uncontrolled logging, cleared for 
agriculture, and turned into tourist facilities (Almeida and Albuquerque 
2002; Quesada and Stoner 2004; Gordon et al. 2006). Hundreds of hect-
ares of dry forest have been cut and burned to make cattle pastures in Latin 
America (Toledo 1992). The overall extent of SDTF in the Neotropics is 
currently a small fraction of its original distribution. Obviously, clearing a 
large tract of dry forest eliminates all of the plant resources that were grow-
ing there, many of which may have been quite valuable. 

Here, I apply the promise of the first result of the human-SDTF in-
teraction, that is, the vast knowledge about useful forest species, to the 
critical problem engendered by the second, that is, forest destruction. Can 
the resource richness of Neotropical SDTF be used in a way that promotes 
forest conservation? Are there plant species that could be harvested sustain-
ably to provide local communities with a source of income—and a reason 
to maintain the forest? Are there any examples from the Neotropics where 
this is actually occurring? 

To start addressing these questions, the economic botany of Neotropi-
cal dry forests is first briefly reviewed. Given the diversity of species in-
volved and the paucity of literature about the useful flora in dry forests, 
this is only a very selective overview. The potential for managing dry forest 
resources on a sustained-yield basis is then assessed by focusing on the ecol-
ogy of Neotropical SDTF from a forestry perspective. I conclude by offer-
ing two examples from Mexico where local communities are attempting to 
conserve their SDTF by using them sustainably.

A Survey of Plant Resources  
in Neotropical Seasonally Dry Forests

Although Neotropical SDTFs extend from the tip of the Baja peninsula in 
Mexico, through Central America and the Caribbean, and down to north-
ern Argentina (Pennington, Lewis et al. 2006), much of the available litera-
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ture on the useful flora of these forests focuses on either Mexico or north-
eastern Brazil. In general, we know more about the medicinal plants in 
these two areas than about food or fiber resources, there tends to be more 
small-scale community studies than regional surveys, and more attention is 
given to the subsistence use, rather than the commercial trade, of SDTF re-
sources. Relative to Neotropical moist or wet forests, quantitative research 
on the economic botany of dry forests is sorely lacking.

A decidedly subjective selection of 30 useful plants from Neotropi-
cal SDTF is presented in table 14-1. Species were chosen to represent a 
variety of different life-forms and resource types and to showcase the eth-
nobotany of particularly interesting plants. Categories of uses are defined 
ecologically based on the particular plant tissue exploited rather than the 
type of product used. Many of the species shown in table 14-1 have mul-
tiple uses involving several different parts of the plant. The fresh fruits of 
Guazuma ulmifolia are edible, and the toasted-and-ground seeds are used 
to prepare a coffeelike beverage. The fibrous inner bark is used for cord-
age; the wood is easily worked and used for making boxes, cabinets, bar-
rels, doors, and windows; and the flowers, bark, leaves, buds, and roots 
are all used medicinally (Little and Wadsworth 1964; Vallejo and Oveido 
1994). The thorny bark of Ceiba acuminata is used for carving handi-
crafts, the roots are an important source of starch in times of drought, 
and the puffy seed fibers are used to stuff pillows and to add cushioning 
to cribs (Yetman et al. 2000). Hymenea courbaril produces resources from 
all three categories.

Neotropical SDTFs contain hundreds of species of medicinal plants 
(e.g., Argueta et al. 1994; Matos 1999; Silva and Albuquerque 2005), and 
while the use of many of these plant remedies is limited to specific cultural 
groups or regions, several of the species listed in table 14-1 are also traded 
in national and international markets. The bark of Amphipterygium adstrin-
gens (“cuachalalate”), for instance, is one of the most valuable and widely 
used medicinal plants in Mexico (Olivera 1998), and there is also a consis-
tent and growing demand for the species in foreign markets (FAO 2003). 
Infusions made from Amphipterygium bark are reported to be effective in 
the treatment of more than 30 ailments, including gastric ulcers, high cho-
lesterol, malaria, and stomach cancer (Solares 1995).

The yellow oleoresin obtained from Copaifera officinalis is also a com-
mon and commercially valuable remedy. The oil is used as a topical anal-
gesic for wounds and skin irritations, and it is reported to have antibacte-
rial properties useful for treating sore throats, urinary tract infections, and 
stomach ulcers (Basile et al. 1988; Veiga et al. 2001). Prior to the discovery 
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Table 14-1. Selective list of plant resources from Neotropical SDTF

 Nomenclature Life-form                            Uses                                                                                                                             Uses (continue

Vegetative tissues

Anacardiaceae 
Amphipterygium adstringens (Schltdl.) Standl.
Cuachalalate

Tree Bark used medicinally to treat 
ulcers, wounds, and gastritis

Fabaceae 
Anadenanthera colubrina (Vell.) Brenan
Angico

Tree Bark source of tannins; used 
medicinally to treat respiratory 
problems

Arecaceae 
Astrocaryum vulgare Mart.
Tucum

Palm Leaf fibers used to make fishing 
nets, bags, and rope

Arecacae 
Brahea dulcis (HBK) Mart.
Palma soyate

Palm Leaves used to make mats,  
baskets, and hats; thatch

Fabaceae 
Bauhinia cheilantha (Bong.) Steud.
Mororó

Shrub

Burseraceae 
Bursera glabrifolia (H.B.K.) Engl.
Copal 

Tree Wood used for carving  
handicrafts; wood oil used  
in soaps and perfumes

Malpighiaceae 
Byrsonima crassifolia L. Kunth.
Nanche

Tree Bark used for tanning

Rubiaceae 
Calycophyllum candidissimum (Vahl) DC
Palo camarón, Madroño

Tree Wood good source of sawtimber; 
bark used medicinally to treat 
stomach ulcers

Capparaceae 
Capparis jacobinae Moric. Ex Eichler
Icó

Shrub

Bombacaeae 
Ceiba acuminata (S. Watson) Rose
Pachote, Kapok 

Tree Bark used for carving handicrafts; 
roots a source of starch

Fabaceae 
Copaifera officinalis (Jacq.) L.
Copaiba, Palo de aceite

Tree

Arecaceae 
Copernica cerifera (Arruda) Mart
Carnaúba

Palm Wax from the leaves used in 
cosmetics, ointments, and 
industrial products

Bignoniaceae 
Crescentia alata Kunth

Tree

Fouquieriaceae 
Fouquieria macdougalii Nash
Jaboncillo

Shrub Bark a source of shampoo

Sterculiaceae 
Guazuma ulmifolia Lam.
Guásima

Tree Inner bark used to treat liver ail- 
ments; outer bark a purgative; 
wood used for making furniture

Hippocrateaceae 
Hemiangium excelsum (Kunth) A.C. Smith
Cancerina

Liana Bark used to treat wounds and 
gastric ulcers

    



Economic Botany and Management Potential 243

                           Uses                                                                                                                             Uses (continued) Sources

Reproductive propagules Exudates

  Martínez 1969; Argueta et al. 
1994; Hersch Martínez 1996

Sampaio 2002; Monteiro et al. 
2006 

Edible fruit Sampaio 2002

Edible fruits Aguilar et al. 1997; Acosta et al. 
1998; Illsley et al. 2001

Edible fruits; used medicinally 
for treatment of diabetes 

Albuquerque et al. 2005

Resin used for incense Chibnick 2003; Peters et al. 
2003 

Edible fruit; juice used as a dye Bye 1995; Casas and Caballero 
1996

Sabogal 1992

Fruits eaten as a vegetable Albuquerque and Andrade 2002

Seed fibers used for stuffing 
pillows

Robichaux and Yetman 2000

Oleoresin used medicinally 
for stomach ulcers, respiratory 
problems, and skin disorders 

Lawless 1995; Fajardo et al. 
2005 

Bayma 1958; Sampaio 2002

Fruits used to make handicrafts 
and household utensils;  
edible seeds

Bye 1995

Robichaux and Yetman 2000

Dried fruits used to make hot 
beverages; used medicinally  
to treat kidney ailments

Martínez 1969; Pennington and 
Sarukhán 1998 

Hersch Martínez 1996

   
(table continues)
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Fabaceae 
Hymenaea courbaril L. Jatobá

Tree Bark used medicinally

Fabaceae 
Leucaena esculenta (Moc. and Sessé 
ex A. DC.) Benth. Guaje

Tree

Chrysobalanaceae 
Licania rigida Benth. Oiticica

Tree

Celastraceae 
Maytenus rigida Mart. Bon-nome

Tree Leaves used medicinally to  
treat ulcers; bark infusion  
used for coughs

Bromeliaceae 
Neoglaziovia variegata (Arruda) Mez
Caroá

Herb Leaves yield a strong white fiber

Fabaceae 
Pithecellobium dulce (Roxb) Bent.
Guamúchil

Tree Tonic from bark used  
medicinally; bark used  
for tanning

Asteraceae 
Porophyllum ruderale ssp. macrocephalum 
(DC.) R.R. Johnson 
Papaloquelite

Herb Leaves eaten as a vegetable

Euphorbiaceaee 
Sebastiana pavoniana (Müll. Arg.) Müll. 
Arg.Brincador

Shrub

Selaginellaceae 
Selaginella lepidophylla (Hook and Grev.) 
Spring. Doradilla

Whole plant used medicinally 

Anacardiaceae 
Spondias tuberosa Arruda
Umbú

Tree

Cactaceae 
Stenocereus stellatus (Pfeiff.) Riccob.
Pitaya

Cactus

Arecaceae 
Syagrus coronata (Mart.) Beccari
Licuri

Palm Wax from leaves; palm heart

Asteraceae 
Vanillosmopsis arborea (Gardner) Baker
Candeia

Shrub Bark oil used medicinally

Rhamnaceae 
Ziziphus joazeiro Mart.
Joazeiro

Small 
tree

Bark and leaves used medicinally; 
inner bark a source of  
toothpaste

    

 Nomenclature Life-form                            Uses                                                                                                                              Uses (continue

Vegetative tissues

Table 14-1. (continued)
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Seedpods contain edible pulp Resin used as incense and 
medicine

Langenheim 1981; Albuquerque 
and Andrade 2002

Edible pods and seeds Bye 1995; Casas and Caballero 
1996

Oil seeds Prance 1972; Sampaio 2002

Albuquerque and Andrade 2002; 
Silva and Albuquerque 2005

Sampaio 2002

Edible arils Bye 1995; Casas et al. 2006

Bye 1981; Vázquez 1991

Triangular seeds used as toys 
(Mexican jumping beans)

Robichaux and Yetman 2000

Martínez 1969; Hersch Martínez 
1996

Edible fruits Silva 1986; Santos 1999;  
Sampaio 2002 

Edible fruits Pimienta Barrios and Nobel 
1994; Casas et al. 1997

Edible fruits; oil seed Noblick 1986; Silva and Tassara 
1996

Viera 1999

Edible fruit Lorenzi and Matos 2002;  
Sampaio 2002

   

                           Uses                                                                                                                              Uses (continued) Sources

Reproductive propagules Exudates
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of sulfa drugs and penicillin, copaiba oil was the principal treatment for 
gonorrhea (Dwyer 1951). The oil is marketed throughout the world, and 
a quick Internet search revealed that a 2-ounce bottle of Copaifera officinalis 
oil currently sells for about US$22. To put this price in context, individual 
Copaifera trees may yield up to 40 liters of oleoresin per year (Wood and 
Osol 1943), and many Venezuelan SDTFs are dominated by this species 
(Fajardo et al. 2005).

Medicinal plants are not the only commercial resources found in Neo-
tropical SDTF. Carnauba wax, a basic ingredient in car polish, cosmetics, 
and the coating used on dental floss, is collected from the leaves of Co-
pernicia prunifera (Johnson 1972), a common species in caatinga forest in 
northeastern Brazil but especially common in forests subject to periodic 
flooding (Henderson et al. 1995). The collection and processing of car-
nauba wax is a major industry in Brazil. In 2005 more than 3000 tons of 
wax and 19,000 tons of wax powder valued at approximately US$7 million 
and US$24 million, respectively, were produced (IBGE 2005). Although 
it is estimated that there are more than 200,000 hectares of caatinga forest 
containing Copernicia prunifera in the Brazilian states of Ceará, Piauí, and 
Rio Grande do Norte, much of the carnauba wax currently entering the 
market is produced in large plantations.

Oiticica seeds from Licania rigida are another important plant resource 
from SDTF regions of Brazil. A high-quality drying oil similar to tung oil 
(Aleurites spp.) is extracted from the seeds and used to make paint, var-
nish, and printing inks and for improving rubber elasticity (Linskens and 
Jackson 1991). The production of oiticica seeds in 1995 was estimated at 
13,000 tons (FAO 2000), while more recent harvest data suggest that col-
lection rates have dropped to 1500 tons (IBGE 2005).

A final example from Brazil is Spondias tuberosa. The tart fruits from this 
SDTF tree are highly esteemed by the residents of northeastern Brazil, and 
during harvest season the collection and sale of the fruits is a major source 
of income for rural communities. More than 9000 tons of fruit were har-
vested in 2005 (IBGE 2005), with an estimated market value of US$2.3 
million. The fruit is eaten fresh or used to make jellies or desserts, and one 
of the most famous delicacies from the region, imbuzada, is prepared by 
adding the juice from S. tuberosa fruit to boiled, sweetened milk. 

Factoring in the 33 tons of Anadenathera bark that are collected and 
sold for medicinal purposes, the 77 tons of Astrocaryum leaves harvested 
for fiber, the 206 tons of Neoglaziovia cordage, the 13,000 tons of Co-
pernicia straw, the 329 tons of Syagrus palm hearts, and the 6440 tons of 
Syagrus leaves, the total value of the plant resources harvested from the 
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dry forests of Brazil alone is somewhere on the order of US$50 million 
per year (Sampaio 2002). Adjusting this figure to account for the annual 
harvest of medicinal plants from the SDTF of Mexico and the sale of hand-
icrafts made from Crescentia fruits, Sebastiana seeds, Bursera wood, and 
Brahea leaves, it becomes clear that the useful flora of Neotropical SDTF 
is of considerable economic importance—even when only the 30 taxa of 
table 14-1 are considered. 

It is important to note that these plant resources have acquired eco-
nomic value with little promotion, limited market development and adver-
tising, and virtually no investment in management to ensure a continual 
supply of product. When SDTF are cleared to make pastures or build ho-
tels, these revenue streams, many of which may have been quite important 
to local communities, are lost. In the absence of any type of management 
or harvest control, keeping the forest and continuing to exploit it com-
mercially may be only marginally better in the long term. It is very easy to 
overexploit and deplete a valuable forest resource, and once this resource is 
gone, the perceived value of the forest drops to zero. 

The missing link here is management. There are certainly enough use-
ful products in Neotropical SDTF to warrant a program of controlled ex-
ploitation, and even the limited existing markets would seem to provide 
adequate economic incentive for promoting sustainable forest use. In terms 
of conservation, the basic idea is to use resource management to increase 
the value of intact forest relative to more-destructive forms of land use. If 
the forest is viewed as a valuable source of revenue that must be protected 
and stewarded, local communities, regional development agencies, and 
governments might be less inclined to do something else with the land. 
Current efforts to manage the wetter forest types in the Neotropics, how-
ever, have met with mixed success (Zarin et al. 2004). Is there any reason 
to think that we might do better in dry forests? 

Forester’s Guide to the Ecology of Neotropical  
Seasonally Dry Forests

Several ecological characteristics of tropical moist and wet forests exert a 
controlling influence on the nature and intensity of resource exploitation. 
The greatest bottlenecks to sustainable forest use are (1) the high species 
diversity and low density of conspecific individuals, (2) the irregularity of 
flowering and fruiting, and (3) the importance of animals for pollination 
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and seed dispersal (Peters 1994). Low densities of useful species mean low 
yields per unit area, long search and travel times, and greater harvest costs. 
Low-density populations are also more prone to overexploitation. Unpre-
dictability in flowering and fruiting makes it hard to schedule harvests and 
guarantee product delivery to buyers, and the critical role of animals in 
the reproduction of many tropical forest species—as pollinators, dispersers, 
or seed predators—requires that management activities extend to both the 
harvest plant and its animal coterie. 

A review of recent literature on the ecology of tropical dry forests sug-
gests that these limitations may not be as stringent in dry forests as they are 
in wet forests. This is not to say that dry forest are not species rich, or that 
there is no variability in flowering times, or that only a few species involve 
animals in the reproductive cycles. There are, however, notable structural, 
phenological, and reproductive features of Neotropical SDTF that seem to 
increase the potential of sustainable resource management as a viable land 
use option.

Density of Conspecific Trees

One of the most frequently cited and widely appreciated features of tropical 
forests is the high level of species diversity. Tropical wet forests have been 
reported to contain up to 300 species of trees greater than or equal to 10 
centimeters in diameter at breast height per hectare (Gentry 1988), with 
dry forests exhibiting from 80 to 90 tree species greater than or equal to 
2.5 centimeters in diameter in 0.1-hectare samples (Gentry 1995; Gillespie 
et al. 2000; Lott and Atkinson 2006). From a management standpoint, 
an unfortunate correlate with high species diversity is that each species is 
usually represented by only a few individuals. This trend is most apparent 
in tropical wet forests, where the majority of tree species occur in densities 
of only two to three individuals per hectare (e.g., Campbell et al. 1986; 
Gentry and Terborgh 1990). 

As is shown in figure 14-1A, the mean density of conspecific indi-
viduals in Neotropical SDTF is considerably higher than that exhibited 
by moist or wet forests. Using plot data from 40 sites reported by Gentry 
(1988, 1995) and calculating mean conspecific density as simply the quo-
tient of the total number of trees divided by the number of species (diam-
eter greater than or equal to 10 centimeters in both), the mean number 
of trees per species is 2.55 and 7.75 for Neotropical wet and dry forests, 
respectively. 
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These estimated densities are comparable to, and frequently consider-
ably less than, other values reported in the literature for populations of 
SDTF trees. In terms of the species listed in table 14-1, Gentry (1982b) 
reported densities of 12 and 22 trees per 500 square meters for Copaifera 
officinalis and Guazuma ulmifolia, respectively, in Venezula. Gillespie et al. 
(2000) recorded 53 individuals of Calycophyllum candidissimum (greater 
than or equal to 2.5 centimeters in diameter) in 0.1-hectare plots in Ni-
caragua, and 101 individuals of Anadenanthera colubrina greater than or 
equal to 3.0 centimeters basal diameter were reported by Monteiro et al. 
(2006) from a 1.0-hectare plot in Brazil. The high density of conspecific 
trees found in Neotropical SDTF and its implication for resource man-
agement have been previously noted by several authors (e.g., Killeen et al. 
1998; Lugo et. al 2006).

Figure 14-1. Ecological characteristics of Neotropical dry forests of special rele-
vance to resource management. (A) Density of conspecific trees in tropical dry and 
tropical moist/wet forests. Horizontal line shows mean value; median value, 95 
percent confidence interval, and range are shown in box plots. Adapted from data 
in Gentry 1988 and Gentry 1995. (B) Fruiting phenology of trees in tropical dry 
and tropical moist forests. Vertical lines (dry forest) and shaded polygon (moist 
forest) indicate periods required for half of the species in each habitat to fruit. Data 
from Frankie et al. 1974. (C) Dispersal syndromes exhibited by trees in tropical dry, 
moist, and wet forests. Adapted from Gentry 1982b.
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Phenology of Flowering and Fruiting

The synchrony and duration of reproduction appear to be slightly more 
predictable in Neotropical SDTF than in moist or wet forests. As summa-
rized by Bullock (1995), synchronous flowering, at both the population 
and community levels, is more common in SDTF, especially among spe-
cies that flower during the dry season or at the dry-wet season transition. 
The duration of the flowering events exhibited by different species is also 
compressed. Almost half of the tree species (47 percent) in Costa Rican wet 
forest exhibit extended flowering cycles more than 20 weeks long (Frankie 
et al. 1974), as compared with the more seasonal, 6 weeks or less, flowering 
cycles exhibited by a similar percentage (41 percent) of canopy species in 
Mexican SDTF (Bullock and Solís Magallanes 1990). 

The increased periodicity in SDTF flowering is manifested as a notable 
peak in annual fruit production, as shown in figure 14-1B, which shows the 
fruiting behavior of selected tree species from tropical moist and dry forests 
in Costa Rica (Frankie et al. 1974). While there are some fruits available 
in every month in both forest types, the dry forest exhibits a pronounced 
peak in April, when 41 tree species are recorded with fruit. As indicated by 
the vertical lines in figure 14-1B, within a span of 2 months more than half 
of the tree species at the dry forest site have produced fruit; 4 months are 
needed for a similar proportion of species to fruit in the moist forest site 
(fig. 14-1B, shaded polygon). 

Seed Dispersal

A second aspect of the reproductive ecology of Neotropical dry forests rele-
vant to management is the reduced importance of animals for seed dispersal 
(fig. 14-1C). As has been documented in numerous studies (e.g., Gotts-
berger and Silberbauer-Gottsberger 1983; Wikander 1984; Oliveira and 
Moreira 1992; Killeen et al. 1998), there is a greater prevalence of wind-
dispersed species in SDTF than in moist/wet forests, where most of the 
species are dispersed by birds or mammals (Gentry 1982b). Wind dispersal 
is especially common among climbing plants in dry forests, and almost all 
of the liana species in this habitat are anemochorous (Gentry 1991). 

Finally, there are several other characteristics of Neotropical dry forests 
that would seem to simplify the task of forest management. For example, a 
large percentage of the tree species in dry forest have the ability to resprout 
after cutting (Murphy and Lugo 1986a; McDonald and McLaren 2003), 
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which greatly facilitates the coppicing and regeneration of certain types of 
vegetative tissues. The larger root system possessed by sprouts gives them a 
considerable advantage over competing seedlings, especially during the dry 
season (Miller and Kauffman 1998; Kennard et al. 2002). It has also been 
suggested that the seasonal openness of the canopy in deciduous forests 
permits a less restrictive pattern of regeneration than that dependent on the 
stochastic occurrence of treefall gaps (Quigley and Platt 2003). 

From an operational standpoint, there are numerous reasons to be op-
timistic about the management potential of Neotropical dry forests. These 
forests contain lots of valuable plant species, and many of them occur natu-
rally in high-density populations, produce flowers and fruits at predictable 
intervals, don’t require the use of animals to move their seeds around, and 
resprout if cut. From a conservation standpoint, it would seem that there 
are also many reasons to move away from the current pattern of overex-
ploitation and resource depletion and to start managing these forests to 
provide a continual flow of products to the market and a continual flow of 
income to the communities involved. 

Within the context of this chapter, sustainable resource management 
seems like a reasonable thing to experiment with in SDTF. But what hap-
pens in the real world of conflicting user groups, byzantine government 
regulations, questionable land tenure, skimpy markets, and uncontrollable 
development agendas? Taking a look at a few cases where local communi-
ties are successfully managing dry forest resources is probably the most use-
ful way to address this question. 

Management of Neotropical Seasonally Dry Forests

Mexico is an appropriate place to start looking for examples of sustain-
able resource management. The dry forests of western Mexico are some of 
the most species-rich in the Neotropics (Gentry 1995; Lott and Atkinson 
2006), and there is a long history of resource use by indigenous popula-
tions (Codex Mendoza 1978). The practice of community forestry is also 
more established here than in any other country in the Neotropics, and as 
much as 80 percent of Mexico’s forests are under the control of indigenous 
communities (Bray et al. 2003; Bray et al. 2005). It has been estimated that 
there are currently 500 to 600 community forest enterprises operating in 
Mexico (Alatorre Frenk 2000). 

For the purposes of this chapter, two of the Mexican species listed in table 
14-1, Brahea dulcis and Bursera glabrifolia, have been chosen as  informative 
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examples of community resource management in Neotropical dry forests. 
The species represent different life-forms, the tissues exploited and uses are 
different, the products supply different markets, and the pattern, intensity, 
and historical development of management are also notably distinct. 

Brahea dulcis in Guerrero 

Brahea dulcis (palma soyate) is a small, clonal palm (fig. 14-2A) that grows 
in Mexican SDTF. The species is particularly abundant in the Montaña Re-
gion of Guerrero (fig. 14-2 map), where it has been used since pre-Hispanic 
times to make mats and baskets (fig. 14-2B) and as a source of thatch. The 
technique of using the tender young leaves of Brahea to make sombreros 
was introduced by the Spanish, and this use, together with the production 
of handicrafts from the young leaves, has continued to the present day and 
currently represents an important source of revenue for local communities 
(Mastache et al. 1982).

Figure 14-2. Locations of case studies for Brahea dulcis (Montaña Region, Guer-
rero) and Bursera glabrifolia (Jayacatlán, Oaxaca). 
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Figure 14-2. (A) Brahea palm exhibiting young leaf used for weaving. (B) Making 
a basket from Brahea leaves for harvesting corn.

(A)

(B)



254 seasonally dry tropical forests

Two different forms of the palm are known to occur (Miranda 1947; 
Castillo 1993). In forests near communities that exploit the dry leaves of 
Brahea for thatch, the palm forms small groves of individuals (soyacahuit-
eras) that attain heights of 6 meters or more. Near communities where the 

Figure 14-2. (C) Bursera glabrifolia tree. (D) Copal wood to be used for carving. (E) 
Carved and painted alebrije made from B. glabrifolia wood harvested at Jayacatlán.

(C) (D)

(E)
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tender young leaves are cut to make sombreros, the palm grows in dense 
clumps of stems (manchoneras) that are less than 1.5 meters tall. The oc-
currence of these two different growth forms is thought to be the result of 
centuries of management and conscious selection by local Nahua commu-
nities (Illsley et al. 2001).  

The ability of the communities in Guerrero to affect such notable 
changes in the Brahea populations they manage seems to result from three 
interrelated factors. First, they understand an impressive amount of the 
ecology of Brahea dulcis. For example, they clearly distinguish the differ-
ence between ramets and genets, appreciate the trade-offs between sexual 
and asexual reproduction, and know how management activities affect the 
rate of leaf replacement. Second, they have developed a variety of manage-
ment strategies to increase the density of Brahea in different habitats and 
to enhance the production of specific plant tissues. Finally, the communi-
ties exhibit a level of social organization sufficient to regulate access to the 
resource, to control rates of harvest, and to enforce consensus norms con-
cerning its use and sale (Aguilar et al. 1997; Illsley et al. 1998). 

Currently, the overall management trend in the region is towards the 
formation and maintenance of the smaller Brahea morph, largely in re-
sponse to the demand for young leaves to make sombreros and handicrafts. 
In the past, the greater subsistence demand for roofing material drove the 
management of Brahea in the other direction, that is, the production of 
the taller morph in soyacahuiteras. In spite of these demand swings, local 
communities continue to maintain considerable densities of both forms of 
Brahea in the region. Illsley et al. (2001) report densities of Brahea in man-
aged manchoneras (small morph) and soyacahuiteras (tall morph) of 3233 
and 1450 individuals per hectare, respectively.

Bursera glabrifolia in Oaxaca

The second example of dry forest management in Mexico differs markedly 
from Brahea in that both the product and the management system are quite 
recent. Bursera glabrifolia is a small, deciduous tree that occurs in SDTF of 
western Mexico (fig. 14-2C). Traditionally, the most widespread use of this 
species, and other related species of Bursera, was for its aromatic resin. Its 
local name, copal, is derived from the Nahuatl word for the exudate pro-
duced by certain members of the Burseraceae (Standley 1923). 

In more recent times, B. glabrifolia has gained economic importance as 
the raw material (fig. 14-2D) used to carve the small, painted figures known 
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as alebrijes. These carvings, which usually portray fanciful animals, dragons 
(fig. 14-2E), mermaids, or human-animal hybrids, are unique relative to 
other Mexican handicrafts in that they are not a traditional craft item nor 
are they produced only by artisans from a particular ethnic group. Alebrijes 
started to appear on the Mexican handicraft scene in the early 1960s, with 
most of the production coming from three villages: San Antonio Arrazola, 
San Martín Tilcajete, and La Unión Tejalapam, in the Central Valley of 
Oaxaca. The demand for these whimsical figures in national and interna-
tional craft markets has increased steadily since then (Chibnick 2003). 

The production of alebrijes requires a considerable amount of B. gla-
brifolia wood (López 2001). When the market first started, copal wood was 
harvested from the forests surrounding each carving village. This material 
was rapidly depleted, however, and the artisans were forced to go farther 
and farther to find harvestable B. glabrifolia trees. A vigorous clandestine 
trade in copal wood soon developed, most of this material coming from the 
extensive tracts of SDTF located several hours north of Oaxaca City. 

In response to this situation, management activities focused on the 
sustainable production of B. glabrifolia wood were initiated in the village 
of San Juan Bautista Jayacatlán (fig. 14-2 map) in early 2000. The mu-
nicipality contains about 5000 hectares of dry forest, each hectare of forest 
containing an average of 31.5 adult B. glabrifolia trees (Peters et al. 2003). 
Over the next 2 years, 300 hectares of forest were inventoried, quantita-
tive growth studies were conducted, a yield table was constructed, and re-
generation surveys were initiated to monitor the ecological impact of har-
vesting. Much of this research was conducted by local villagers who had 
been trained in the basic methodologies of forest mensuration. Once the 
baseline data had been collected, a management plan for the sustainable 
exploitation of B. glabrifolia wood at Jayacatlán was written and submit-
ted to SEMARNAT (Mexican Secretary of the Environment and Natural 
Resources) in 2003 to obtain the necessary harvest permits. Selected carv-
ing communities were also approached about the possibility of purchasing 
copal wood from Jayacatlán. 

Several positive things have happened since then. The management 
plan was approved by SEMARNAT, and Jayacatlán can now legally har-
vest and manage its forests. It seems that this was the first time that such 
a management permit had ever been granted for dry forests in Mexico—
which may go a long way in explaining the problem. Subsequent pro-
jection matrix simulations revealed that the harvest intensities prescribed 
in the plan (about 4.3 square meters per hectare) are indeed sustainable 
(Hernández-Apolinar et al. 2006). Several of the carving communities 
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near Oaxaca City have started buying “legal” copal wood from Jayacatlán, 
and as might be expected, a new type of handicraft, the eco-alebrije (fig. 
14-2E) made from sustainably harvested copal wood, has now appeared 
in local craft markets. 

Conclusions

Based on the preceding discussion, it seems that there are several benefits 
that could result from the sustainable management of Neotropical SDTF. 
From an ecological standpoint, management provides a clear incentive to 
maintain the forest, rather than convert it to some other form of land use. 
Species, resources, and forest functions are conserved, not discarded. A 
greater supply of managed, sustainably harvested dry forest resources may 
also reduce the incidence of illegal harvesting that is rapidly degrading the 
original resource base in these habitats.

From a social standpoint, communities involved in resource manage-
ment programs develop a greater sense of forest stewardship and coop-
eration, and management operations may also serve to strengthen the or-
ganizational capacity of the group. Participatory forest management is a 
conservation activity that includes and empowers local communities, rather 
than excludes them.

Finally, sustainable forest exploitation provides a much-needed source 
of income to rural populations. And this, in the final analysis, may be the 
most fitting retribution for the wealth of ethnobotanical knowledge that 
these dry forest residents have compiled through hundreds of years of trial 
and error. But the clock is ticking, and indigenous plant knowledge is of 
little value to anyone if the plants themselves have already disappeared. 
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Chapter 15

Ecosystem Services in Seasonally  
Dry Tropical Forests

Patricia Balvanera, Alicia Castillo,  
and María José Martínez-Harms

Human populations depend for their survival and well-being on benefits 
derived from ecosystems, also called ecosystem services (MA 2003). The 
nature, magnitude, and reliability of the services provided by a certain 
ecosystem depend on its particular characteristics, the human group that 
interacts with it, and the nature of their interaction (MA 2003; Maass et 
al. 2005). The ability of an ecosystem to provide services depends on its 
processes—that is, the interactions between its physical and biotic compo-
nents—and the rates and variability over time and space of such processes 
and components (Kremen 2005). The benefits people obtain from ecosys-
tems also depend on demographic, economic, political, cultural, scientific, 
and technological characteristics of the human groups that interact with 
the ecosystem (MA 2003; Castillo et al. 2005). Human groups determine 
which services they demand, extract, or expect from ecosystems and thus 
drive decisions about how to manage them (MA 2003; Bennet and Bal-
vanera 2007). Given the tight relationship between the delivery of ecosys-
tem services and human well-being, the long-term maintenance of the ca-
pacity of ecosystems to provide services is essential to ensure a promising 
future for humanity. Indeed, technical and social interventions need to be 
designed to foster the maintenance of the services to ensure human well-
being (MA 2003). 
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The above statements are applicable to all types of ecosystem services 
and human societies. In this case we will use them as a framework for un-
derstanding the services seasonally dry tropical forests (SDTFs) provide to 
human societies. We will first analyze how their ecological characteristics, 
the history of the human-SDTF interaction, and the results from that inter-
action determine the type of ecosystem services they provide. We will then 
describe the different services provided, the ecosystem processes that result 
in such services, and how human-SDTF interactions modify an ecosystem’s 
ability to provide services. Then we will explore how these services relate to 
human well-being for different stakeholders; how social, economic, legal, 
and cultural attributes of societies modify decision-making processes; and 
what the consequences are of such management decisions on services provi-
sion at the present time and in the future. Finally, we will discuss alternatives 
to ensure the long-term delivery of ecosystems services provided by SDTF.

Ecological and Historical Determinants of Human-SDTF 
Interaction and Ecosystem Services

Ecosystem services provided by tropical dry forests are deeply shaped by 
some of the forests’ key ecological characteristics and various key social 
characteristics of the people that inhabit them.

Ecological Characteristics

Water scarcity is the major limiting factor that shapes SDTF function-
ing and SDTF-human interactions. Water availability varies dramatically 
throughout the year, and most ecosystem processes are tightly coupled to 
changes in water availability (chap. 9), as are most human activities and the 
delivery of most ecosystem services. 

SDTFs are also subject to high interannual rainfall variability (chap. 9). 
Such unpredictability imposes a great difficulty on human decisions about 
ways to manipulate the ecosystem and the kinds of services that may be 
expected. At Chamela-Cuixmala, cattle-grazing activities are in jeopardy in 
very dry years and when a series of dry years occur.

Water availability also changes dramatically along space, at various 
scales. In general, lower sections of catchments and riparian areas have 
more available water over longer periods through the year (Galicia et al. 
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1999; Zarco 2001). These lower areas are more productive, have higher 
nutrient availability, and harbor taller and larger trees (chap. 7). Regionally, 
climatic patterns also vary among SDTFs.

Human-SDTF interactions and resulting ecosystem services are also af-
fected by the disturbance—its magnitude, frequency, and intensity—char-
acteristic of socioecological system dynamics. Major disturbances within 
SDTF-dominated regions include cyclones (García-Oliva et al. 1991), se-
vere droughts (Segura et al. 2003), and natural fires (as in the Brazilian 
Cerrado; Klink and Machado 2005) or anthropogenic fires (as in Chamela, 
Mexico; Maass et al. 2005).

Within SDTFs there is a mosaic of geological and edaphic character-
istics at various spatial scales. Shallow rocky soils are found in the Yucatán 
peninsula in Mexico and used for the cultivation of Agave spp. (Colunga-
García Marín et al. 1993), while deep soils are found in the Cerrado in Bra-
zil, recently converted for soybean production (Klink and Machado 2005).

SDTFs harbor a very large biodiversity (chap. 2, 5). Such biodiversity 
can play important roles in the provision of most ecosystem services, as will 
be further discussed.

Historical Features of the Human-SDTF Interaction 

The development of Latin American civilizations choosing to live in SDTF 
areas relied on water provision. Mixtec pre-Hispanic terraces and water ca-
nals have been found at Hierve el Agua, Oaxaca, Mexico (Hewitt 1994). 

Some SDTFs have a long and complex history of land use. In Mexico, 
this ecosystem provided very important crops such as maize, beans, and 
squashes from pre-Columbian times (Challenger 1998); SDTFs were later 
transformed for agriculture and cattle raising within large private propri-
eties called haciendas by the second half of the nineteenth century (Cas-
tillo et al. 2005). Strong impacts on Mexican SDTFs started around 1943 
(Ortega 1995) and were further fostered during the 1960s and 1970s (Cas-
tillo et al. 2005) as a result of governmental programs.

Present Characteristics of the Resulting Socioecological System

There is a complex mosaic of socioecosystems derived from SDTFs that 
can be organized along a gradient of transformation intensity. The gradient 
ranges from conserved SDTF, through SDTF with sustainable extraction 



262 seasonally dry tropical forests

of Bursera glabrifolia in Oaxaca, Mexico (chap. 14), devastated areas of Cer-
rado in Brazil due to overextraction of fuelwoods for charcoal production 
(Ratter et al. 1997), and large fractions of Neotropical SDTF converted to 
pastures (Miles et al. 2006), to SDTF completely transformed into urban 
areas in Jamaica (Tole 2001). Along this gradient, the ability to provide 
different types of ecosystem services changes (Bennet and Balvanera 2007). 

Cumulative transformation through management history is also rel-
evant and can drive regime shifts, with irreversible changes in conditions 
(Bennet and Balvanera 2007). For instance, soil phosphorus availability 
changes as the number of agriculture-fallow-slash-burn cycles increases in 
Mexican and Brazil SDTF; it decreases because of loss in ash as a result of 
slash and burn in Chamela (chap. 10) and because of increasing irrevers-
ible conversion to unavailable phosphorus forms in Brazil (Lawrence and 
Schlesinger 2001).

The Services

SDTFs provide a variety of ecosystem services (table 15-1). These services 
can be classified into three major categories (MA 2003): (1) tangible re-
sources that can be consumed or appropriated, also called provisioning 
services; (2) complex interactions among biotic and abiotic components 
of ecosystems that regulate the conditions where human beings live and 
work, also called regulating services; and (3) tangible or intangible benefits 
strongly dependent on individual or collective cultural background, also 
called cultural services.

Provisioning Services

Provisioning services include all well-known products obtained from 
SDTFs or from their transformation. Food from cattle is the most impor-
tant service; transformation of SDTFs to cattle pastures has been the most 
important driver of land use change for this ecosystem. In the Chaco re-
gion, 85 percent of the forests have been converted to pastures in 30 years 
at an annual rate of 2.2 percent (Zak et al. 2004). 

The second most important service obtained also from SDTF transfor-
mation is food from agricultural crops. The recent conversion of 300,000 
hectares of Chaco SDTF to soybean fields is only the most recent and most 
dramatic example of this tendency (Grau et al. 2005). 
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Table 15-1. Benefits to stakeholders at different spatial scales from services 
provided by tropical dry forests 

Type of service Ecosystem service
Scale of stakeholders benefited

Owner Community Municipality State Country Planet

Provisioning Food (from 
agriculture  
and cattle 
ranching)

Pr      

Timber Pr

Nontimber forest 
products

Pr Pr/Pu

Biofuels Pr Pr/Pu Pu

Germplasm Pr Pu Pu Pu Pu

Future options Pr Pu Pu Pu

        
Regulating Erosion  

regulation
Pr Pu Pu Pu Pu

Fertility  
regulation

Pr

Plant support Pr Pu Pu Pu

Infiltration/ 
runoff  
regulation

 Pu Pu Pu

Water temporality 
regulation

 Pu Pu Pu

Water quality Pu Pu Pu

Carbon storage Pr Pu Pu Pu Pu

Regulation of 
carbon  
emissions

Pu Pu Pu Pu

Regulation of 
albedo

Pu Pu Pu

Regulation of air 
temperature

Pu Pu Pu Pu

Pollination Pu Pu

Pest regulation Pu Pu

Vector disease 
regulation

Pu Pu Pu

Invasion  
resistance

Pu Pu

 Seed dispersal  Pu Pu    

(table continues)
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Woody biomass, used for timber or biofuel, is extracted from intact 
and managed SDTF. Timber is extracted from SDTF areas with elevated 
water availability and primary productivity within old stands; slow- 
growing species that produce dense woods, such as Tabebuia, Enterolo-
bium, and Pirhanea, are highly appreciated (Quesada and Stoner 2004). 
Selective extraction of tree individuals without any further management is 
common in Mexican SDTF (Maass et al. 2005); instead, liana removal and 
selective logging are management practices commonly used in Bolivian 
SDTF (Pariona et al. 2003).

The large biodiversity of SDTF makes available a wide range of non-
timber forest products that are used as food, construction materials, medi-
cine, pets, and ornaments and have many other uses (chap. 14). SDTFs also 
harbor important genetic diversity of staple crops and numerous species 
with potential future uses. SDTFs in Mexico are the habitat for Zea diplo-

Regulating
(continued)

Regulation of 
reliability of 
services

Pr Pr/Pu Pu Pu Pu  

Regulation of 
vulnerability to 
extreme hydro-
meteorological 
events

Pu Pu Pu Pu Pu

        
Cultural Ecotourism and 

tourism
Pr Pr/Pu Pu Pu Pu Pu

Aesthetic  
fulfilment

Pu Pu Pu Pu Pu Pu

Spiritual  
fulfilment

Pu Pu Pu Pu

Opportunities  
for work

Pr

Opportunities  
for human 
settlement

Pr      

Benefits are divided into private (Pr), which benefit only the owner or the manager of the 
plot, and public (Pu), which benefit society at large independently of ownership or capital 
investment.

Table 15-1. (continued)

Type of service Ecosystem service
Scale of stakeholders benefited

Owner Community Municipality State Country Planet
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perenis, the wild relative of maize (Lorente-Adame and Sánchez-Velásquez 
1996), and many Cucurbita species closely related to squash (Montes-
Hernández and Eguiarte 2002). Brazilian cerrado is the center of diversity 
of wild Manihot (Klink and Machado 2005). 

SDTFs are at present dominated by species that have adapted to low 
and unpredictable water availability conditions (Holbrook et al. 1995), 
and secondary SDTFs are dominated by species that can grow in highly 
degraded environments (chap. 13). Given future predictions of increased 
areas with unpredictable water availability conditions in the face of cli-
mate change (Villers-Ruiz and Trejo-Vázquez 1997), and given the ele-
vated rates at which SDTFs are being transformed and degraded (Miles et 
al. 2006), the germplasm found within SDTFs might become particularly 
important for reforestation, afforestation, and restoration efforts (Maass 
et al. 2005). 

Regulating Services

Regulating services can be organized with respect to which major processes 
they are associated with. We have distinguished soil, water dynamics, cli-
mate and air quality, and biodiversity-related services. 

Soil-Related Services 

Regulation of soil nutrient content and availability, seen as soil fertility 
from the human perspective, depends on tight nutrient-recycling mecha-
nisms. These include resorption of leaf nutrients previous to abscission, mi-
crobial immobilization of nutrients, the presence of stable soil aggregates, 
and dense leaf litter layers (Maass et al. 2005; chap. 7). 

Soils support plant development, and their ability to do so depends on 
depth, texture, and density of soils and varies widely among SDTFs. As an 
indicator of this service, root biomass can range from 17 megagrams per 
hectare in Chamela-Cuixmala to 66.8 megagrams per hectare  in Venezuela 
(chap. 7).

The delivery of soil-related ecosystem services by SDTF is greatly af-
fected by management. For example, compared with conserving forests, 
slashing and burning of forest in Chamela-Cuixmala causes reduction in 
plant cover, destruction of the protective leaf litter layer, destabilization of 
soil aggregates, and 100 times more erosion in the croplands established 
after slash and burn (Maass et al. 1988). 
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Water Dynamics–Related Services

Little water is available for human populations in SDTF-dominated areas, 
where evapotranspirative demand exceeds precipitation during a large part 
of the year. In the Chamela-Cuixmala region, nearly 90 percent of the pre-
cipitation returns to the atmosphere as evapotranspiration (chap. 9). Soil 
water availability is further modified by (1) soil characteristics—water is 
available for longer periods in soils with higher clay and loam contents—and 
(2) slope and aspect—more water is available in north-facing slopes that are 
subject to lower evapotranspiration demand (Galicia et al. 1999; chap. 9). 

Water quality is also related to biophysical characteristics of SDTF soil 
and vegetation, as well as those of freshwater and riparian neighboring 
systems. Increased infiltration-to-runoff ratio, reduced soil erosion, and el-
evated freshwater biodiversity contributed to higher water quality in Indo-
nesia (Anbumozhi et al. 2005). 

SDTF management changes the provision of these water dynamic– 
related services. When SDTF is converted to pasture, or when dominance 
of woody elements decreases as a result of frequent fires, the amount of 
total above- and belowground biomass is reduced, root depth diminishes, 
and evapotranspirative rates decrease. In the case of cerrado, grasses evapo-
transpire 17 to 18 percent less than woody vegetation, leading to reduc-
tions in deep water uptake and increasing deep soil water storage (Oliveira 
et al. 2005). 

Downstream surface water and groundwater are modified when water 
infiltration is reduced by the partial or total removal of woody elements of 
SDTF. For example, in the case of Tocantins River, in the Brazilian Cer-
rado, river discharge increased 24 percent from 1949 to 1998; during that 
period, cerrado area was reduced by 3.5 million hectares because of conver-
sion to pasture (Filoso et al. 2006).

Stream, wetland, and coastal water quality decrease when surrounding 
SDTFs are transformed into pastures or croplands. In the case of the SDTF 
at Chamela-Cuixmala, water quality along the Cuixmala River was poor in 
the middle part of the watershed as a result of human settlements and ag-
ricultural activities; yet, quality was best at the lower section, where SDTF 
was well conserved, most certainly due to infiltration, inputs of clean water, 
and elevated freshwater biodiversity (López-Tapia 2008). 

Changes in coastal water quality are extremely important for the 
tourism industry developing along SDTF-dominated coastal areas (see 
Cultural Services below); decreases in water quality and the scenic 
beauty of the crystal clear coastal beaches and coral reef areas, as well 
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as changes in sediment content and beach dynamics, are very likely to 
be observed. 

Climate and Air Quality Regulating Services

Changes in the chemical composition of the atmosphere and the physical 
properties of the land’s surface, which in turn affect air quality and climate 
regulation, have been observed when SDTFs have been removed. 

SDTFs are important above- and below-ground carbon reservoirs, 
and their transformation results in important carbon emissions to the at-
mosphere and reductions in carbon stocks; the aboveground live biomass 
in SDTF ranges from 35 to 140 megagrams per hectare (chap. 7). Cattle 
ranching within SDTF is causing reductions in soil organic matter and la-
bile carbon content, and it increases carbon dioxide flux to the atmosphere 
(chap. 10).

Changes in relative humidity and consequent changes in precipitation 
frequency are expected when SDTFs are transformed into pastures. In the 
case of cerrado, dry spells may become more frequent as a result of such 
transformations (Hoffmann and Jackson 2000). The proportion of solar 
energy used by vegetation in photosynthetic activity rather than radiated 
back to the atmosphere (albedo) changes when SDTFs are removed. Sur-
face albedo increased from 12–13 percent to 16–19 percent when Bolivian 
SDTFs were replaced by pastures (Steininger et al. 2001). Changes in al-
bedo coupled with changes in relative humidity can contribute to changes 
in temperature. In the case of cerrado, an increase in the mean air tem-
perature of 0.5 degree Celsius is expected, due to conversion of SDTF to 
grassland (Hoffmann and Jackson 2000).

No data are available on the role played by SDTF in the regulation 
of air quality or with respect to soil particle content in the atmosphere. 
Nevertheless, an increased frequency of sandstorms is likely during the dry 
season in areas where SDTF’s above- and belowground biomass decreases, 
air moisture decreases, and air temperature increases, in particular where 
small loam or clay soil particles are common.

Biodiversity-Related Regulating Services

The large biodiversity harbored by SDTF and the complex interactions 
among its components contribute to the provision of many ecosystem 
services; nevertheless, little information is available at present on this 
topic. Many ecosystem services, including soil fertility and erosion control 
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 regulation, flood control, and waste recycling, are largely due to interac-
tions between bacteria, mycorrhizae, and micro- and macroinvertebrates 
(chap. 4). Regulation of pollination and pest control also depend on the 
maintenance of biodiversity (Maass et al. 2005; chap. 11).

Species composition, richness, and relative abundance, as well as 
changes in disturbance regimes, play important roles in decreasing SDTF 
resistance to invasive species and the functioning of the ecosystem. In the 
case of cerrado, invasive African grasses introduced as pasture plants, such 
as Molasa grass (Melinus minutiflora), promote fire frequency, which in 
turn promotes this species (Klink and Machado 2005).

Overall changes in SDTF diversity—that is, changes in the number of 
species and their relative abundances, composition, functional attributes, 
spatial distribution, and trophic diversity—will very likely contribute to 
changes in the magnitude and reliability of all the provisioning and regulat-
ing services mentioned above (Díaz et al. 2006). Yet information particular 
to SDTF on these topics is still lacking.

Changes in biodiversity together with changes in the biophysical char-
acteristics of SDTF due to management contribute to increased vulnerabil-
ity to extreme hydrometeorological events. Most Latin American SDTFs 
are found within 100 kilometers of the Pacific, Atlantic, or Caribbean coast 
and are thus subject to the incidence of cyclones. Such incidence is very 
likely to increase as a result of climate change (IPCC 2001). Yet the pres-
ence of coastal or near-coastal forests has been shown to play a critical role 
in regulating impacts of such extreme events (Kerr and Baird 2007). Thus, 
increased economic and social losses are to be expected as a result of exten-
sive SDTF transformation.

Cultural Services

SDTFs bring aesthetic quality to people and are a source of enjoyment 
to people living in them as well as to those who visit them. People living 
in SDTF-dominated areas emphasize aesthetic appreciation of the shade 
provided by SDTF, and in particular by large trees (Chivaura-Mususa et 
al. 2000; Castillo et al. 2005). Inhabitants of the Chamela-Cuixmala area 
also associate SDTF with feelings of peace, quietness, and joy (Castillo et 
al. 2005). 

SDTFs provide opportunities for tourism and ecotourism. The scenic 
combination of bright blue seas and either the gray of SDTF during the dry 
season or its lush green during the rainy season has drawn the attention of 
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a growing tourism industry along the Pacific and Caribbean coasts, as in 
Huatulco in western Mexico, Guanacaste in Costa Rica, and Santiago de 
Chiquitos in Bolivia (FCBC 2003), to name a few examples. 

SDTFs are important for spiritual fulfillment in many cultures, con-
tributing to their livelihoods, cultural identities, and worldviews. For in-
stance, Sabal spp. palms are particularly significant for SDTF inhabitants: 
their leaves are used for roof building, and they are promoted within tra-
ditional home gardens in the Yucatán peninsula (Martínez-Ballesté et al. 
2006). Indigenous people often establish sacred connections with the eco-
system they live in, and this has been observed for SDTFs in Mexico (To-
ledo 2001) and in Bolivia (Arambiza and Painter 2006). 

SDTFs provide an important opportunity for human inhabitants to 
work and make a living from them, as well as to live in them. In the area 
of Chamela-Cuixmala, local peasants perceive SDTF mainly as land that 
should be transformed and used for agriculture or cattle ranching, although 
it is known to provide services such as firewood, animals for hunting, and 
shade and fresh air (Castillo et al. 2005).

Ecosystem Services and Human Societies

All the above services contribute to the well-being of human societies. The 
nature of such benefits and the amounts provided can be assessed; ben-
efits obtained by specific stakeholders within SDTF-based societies can be 
identified. The cultural, policy, institutional, and economic drivers behind 
SDTF management decisions that foster particular services can be analyzed 
(MA 2003), and the negative consequences of such management decisions 
on other services can also be explored.

Who Benefits from Ecosystem Services  
and How to Account for Such Benefits

Different stakeholders benefit in different ways from SDTF ecosystem 
services (table 15-1). Such benefits can be relevant for various aspects of 
human life, ranging from satisfaction of basic needs to security or health 
(MA 2003). Benefits can be accounted for in economic terms (amount 
of money earned) or in social terms (number of inhabitants benefited). 
Benefits can be received by very specific stakeholders, those who own the 
land or who own the infrastructure (e.g., machinery, commercialization 
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networks) needed for obtaining benefits, and in that case can be consid-
ered private. Benefits can also be provided to societies at large, at different 
spatial scales, independently of ownership or capital investment, in which 
case they can be considered public. In some cases, combinations of private 
and public benefits result from private and community-established rules 
for access to resources.

The most tangible benefits associated with provisioning services are 
agricultural and pastoral goods derived from SDTF transformation. Cer-
rado transformation to soybean plantation is worth US$813 million per 
year in northern Mato Grosso (Fearnside 2001). Such benefits are private, 
being most relevant for those who own the lands where they are produced. 
Indirect public benefits derived from cash flow into the local community, 
municipality, state, or country could also be accounted for in the case of 
these and most provisioning services, but they will not be considered here. 
Benefits obtained from timber extraction are private, being commonly ob-
tained by landowners, by the company in charge of forest exploitation, or 
in some cases by a communitarian organization that manages the forest 
(in which case the benefit can be considered collective). Benefits derived 
from extraction of biofuels can be accounted for in economic terms when 
associated with commercial extraction; in the case of charcoal extraction in 
the Cerrado area in Brazil, benefits incomes of up to US$330 million were 
obtained by specific private stakeholders in 2003 (Coelho et al. 2006). Yet 
the most tangible benefits are to the large numbers of families that depend 
on biofuels as their sole or main source of fuel. In Mexico, for example, 25 
million people cook with them (Masera et al. 2006), but we do not know 
how many of these live in SDTF-dominated areas. Families may use their 
own lands or the surrounding communal lands to extract such resources, 
and benefits can be considered public in that case. Nontimber forest prod-
ucts found in SDTF provide a range of tangible benefits. For instance, in 
the Cerrado in Brazil SDTF, the collection of Caryocar brasiliense fruits is 
an important source of income for the rural population in Brazil. In Minas 
Gerais, the fruit collections during the summer involve 50 percent of the 
rural population, and the derived income represents 54.7 percent of the 
annual budget of the rural worker (Lopes et al. 2003). Harvesting this re-
source only benefits the owners of the lands where the plant is found and 
the individuals who perform the extraction; thus, benefits are considered 
private. Future potential benefits derived from germplasm and future op-
tions contained today by SDTF cannot be accounted for yet; they could 
provide public well-being to many areas and social actors beyond their 
present distribution area and SDTF owners.
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Benefits derived from regulating and cultural services cannot be as-
sessed as clearly as those from provisioning services. Gains obtained by 
landowners through ensuring the long-term maintenance of their land’s 
productive capacity, or those obtained by downstream inhabitants through 
avoidance of sediment deposition on urban or productive areas, have not 
been accounted for, either in economic or social terms. Services provided 
by pollinators, dependent on the SDTF for their maintenance, contributed 
to the US$12 million harvest in 2000 of pollination-dependent crops in 
the Chamela-Cuixmala region (Maass et al. 2005). Yet despite the lack of 
concrete information on the nature of such SDTF services, we can argue 
that most regulating and cultural services provide public benefits, as op-
posed to the private benefits obtained from provisioning services (table 
15-1). This is probably not as true for cultural services derived from the 
scenic beauty or inspirational value of places that generate private benefits 
to the tourism industry. Also, public benefits derived from regulation and 
cultural SDTF services most often encompass areas that go beyond a par-
ticular plot, ranging from the municipality to the whole globe, depending 
on the nature of the service.

Cultural, Policy, Institutional, and Economic Drivers

Different stakeholders interested in fostering the provision of particular ser-
vices make decisions on how to manipulate SDTF. Such decisions depend 
on the cultural, policy, institutional, and economic context they are found 
in. The drivers behind SDTF transformation have been analyzed elsewhere 
in this volume (chap. 3), and we will only highlight some that are directly 
relevant to service delivery.

The generalized perception that SDTFs are not useful, along with 
other factors, has driven the development of policies that foster SDTF con-
version in agricultural, pastoral, or urban lands. In Bolivia, macroeconomic 
policies have driven the conversion of SDTF into agricultural and pastoral 
lands (Steininger et al. 2001). 

Strong institutions—systems of rules that regulate access to resources—
are more commonly found when users depend importantly upon an eco-
system, when decisions are taken collectively, and when a shared vision 
exists about how the system works and how relevant is their sustainable 
use for people’s livelihoods (Ostrom et al. 1999). Decisions for the conser-
vation and sustainable management of SDTF in Yucatán have been made 
collectively by local communities with shared Mayan background (Dalle 
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et al. 2006). In contrast, deforestation in Bolivian SDTF can be largely 
attributed to a heterogeneous group of landholders who have responded 
individually to market prices (Steininger et al. 2001). 

Markets for SDTF products, as well as for those derived from SDTF 
transformation, have been driving resource extractions and land use change. 
Cultivated soybean area in the Brazilian Cerrado doubled in the 1990s to 
21 million hectares in response to growing demand from China (Fearnside 
2001). 

Growing population size and growing demand for agricultural and 
pastoral products have contributed to SDTF transformation. Rising popu-
lation growth coupled with a deep economic crisis have contributed to an 
annual loss of 4 percent of Jamaican SDTF (Tole 2001). 

Trade-offs among Services and Stakeholders

Given that different services benefit different stakeholders and that differ-
ent drivers foster the provision of different services, trade-offs arise among 
services and among stakeholders. At present, provisioning SDTF services 
have been favored over regulating services. Agricultural and pastoral ser-
vices that depend on SDTF removal have been mostly favored (fig. 15-1A), 
as have been provisioning services that depend on the maintenance of man-
aged SDTF (fig. 15-1B); tourism-related cultural services, that also depend 
on partial SDTF transformation, have also been fostered. 

Yet the public and widely encompassing regulating services have sel-
dom been taken into account; they depend on SDTF maintenance for their 
provision, and little is known about the amount of SDTF transformation 
that is compatible with such maintenance (fig. 15-1). Research is urgently 
needed to understand how sensitive these services are to different manage-
ment regimes, whether there are thresholds beyond which loss is irrevers-
ible, and what are the relevant factors that determine the presence of such 
thresholds.

If values for regulating ecosystem services were weighed against 
those for provisioning services, clear disadvantages of SDTF transforma-
tion could be shown. Such a comparison was performed for the Del Plata 
Basin in South America (Viglizzo and Frank 2006), where the annual 
gross values of agricultural production in the Cerrado and the Chaco are 
between US$27 and US$31 per hectare per year, but ecosystem services 
provided by such ecosystems account for US$550 to US$1050 per hect-
are per year. 
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Figure 15-1. Trade-offs among services provided by the tropical dry forest (TDF). 
(A) Forest transformation is driven by the search for maximization of some pro-
visioning services and has negative consequences on cultural and regulating ser-
vices. The delivery of provisioning services such as agricultural or pastoral goods 
(P-A) depends on forest transformation and is thus maximal when it is largely 
transformed; the delivery of other provisioning services such as timber, biofuels, 
nontimber forest products, germplasm, and future options (P-B) is enhanced by 
some forest transformation but requires the maintenance of some forest area and 
attributes; the delivery of cultural services (C) may require some forest transforma-
tion while keeping large sections of it. (B) The delivery of most regulating services is 
dependent on the maintenance of forest; nevertheless, little is known on how sensi-
tive each service is to forest transformation or whether there are thresholds beyond 
which delivery can be irreversibly lost. 

(B)

(A)
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Sustaining Future Delivery of SDTF Ecosystem Services

Present socioeconomic drivers and SDTF management strategies do not 
ensure the long-term maintenance of this forest, nor of the delivery of its 
services. Alternatives need to be found in order to manage SDTF in ways 
that will ensure their maintenance. 

Technical Interventions

SDTFs need urgently to be conserved. Large, medium-sized, or small re-
serves from different land tenure schemes and containing SDTF in differ-
ent successional stages need to be established and interconnected. From 
the ecosystem services perspective, we should be looking for SDTF with 
some of the following features: (1) highly diverse areas containing a large 
genetic and species diversity of present and potential resources; (2) for-
ests with complex vertical structures and dense woody cover to reduce 
albedo; enhance infiltration; prevent soil erosion, landslides, and floods; 
and contribute to higher water quality; (3) species or functional groups 
adapted to the local water availability conditions and in accordance with lo-
cal aboveground and belowground carbon stocks, to contribute to climate 
regulation; (4) areas that host a wide variety of pollinators as well as natural 
enemies of pests and disease vectors; and (5) coastal areas with elevated 
species and landscape diversity that can help buffer the impacts of extreme 
meteorological events.

Sustaining SDTFs while managing them and obtaining from them a 
variety of ecosystem services is still a challenge. Approaches tending to har-
monize biodiversity maintenance as well as livelihoods of local inhabitants 
have been suggested for the conservation of a large area in the Balsas basin 
of Michoacán, Mexico, where surprisingly high levels of endemism have 
been found despite the intense SDTF management and transformation 
(Comisión Nacional de áreas Naturales Protegidas 2006). 

At the individual plot level, agro-silvopastorial systems that provide 
multiple provisioning services can also be applied to the case of SDTF. For 
example, in the Balsas area rural communities are growing organic Hibis-
cus crops (used to make tea and juice) while conserving patches of natural 
vegetation to allow for the provision of additional ecosystem services (A. 
Burgos et al., unpublished data). 

SDTF restoration and that of its associated services is urgently needed. 
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In some cases, restoration of basic soil support services or the retention of 
highly erodible sediments will be most pressing; in others, regional reduc-
tions of albedo or introduction of species with particular evapotranspirative 
demand or carbon storage characteristics may be relevant for climate regu-
lation; and yet in other cases, maintenance of pollinators or the regulation 
of invasive species may be most urgently needed. 

Economic and Financial Interventions

The creation and development of markets for sustainably obtained SDTF 
products and those for services SDTFs provide can contribute to their 
maintenance. In Bolivia, close to 1 million hectares have been certified as 
sustainably managed SDTF in the Santa Cruz area (Cámara Forestal de 
Bolivia 2006). 

The development of markets and direct payments for ecosystem 
services have been suggested as the most suitable intervention to en-
sure their provision (Wunder 2007). SDTFs are not eligible for markets 
aimed at protecting water recharge areas, since they are found where 
evapotranspiration exceeds precipitation most of the year. Nevertheless, 
they do provide a wide variety of services for which awareness is only 
beginning and for which markets have not been created. In the case of 
carbon, Mexican SDTFs harbor about 141 tons of carbon per hectare, 
and avoiding deforestation could prevent the liberation of 708 million 
tons of carbon, which is 20 percent more than what would be prevented 
by avoiding deforestation of Mexican evergreen forests (Jaramillo et al. 
2003). Programs aimed at ensuring high water quality through erosion 
control would benefit the tourism industry, while programs aimed at 
mitigating the impact of extreme meteorological events should be con-
sidered by local, regional, and state governments so that they might 
avoid associated economic and social costs. Further programs with 
longer- term visions should aim at the conservation of crucial germplasm 
and future options. 

Also, major challenges include the development of adequate indicators 
for the delivery of the services that can be monitored to assess program suc-
cess. Technical data about the way services are provided, in order to develop 
corresponding operational rules, as well as the quantification of the corre-
sponding baseline values are urgently needed (Wunder 2007; Guariguata 
and Balvanera, in press).
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Educational and Institutional Interventions:  
Empowerment, Collective Learning, and Governance

Sustaining functional ecosystems, provision of services, and human well-
being is of paramount importance. Fostering linkages among science, pol-
icy, and local decision makers is critical to attain such goals (Castillo and 
Toledo 2000).

The ecosystem service perspective should also be integrated into cur-
rent and future environmental education programs and activities. This 
is particularly true in the case of Latin American tropical countries with 
large areas covered by SDTF, where environmental education is ex-
pected not only to raise environmental awareness but also to promote 
social participation in environmental problem solving and political action 
(SEMARNAT 2006).

At the rural community level, where people directly make a living from 
the ecosystem’s services, educational interventions must also address the 
strengthening of local capacities (Blauert and Zadeck 1999). Local institu-
tions that have systems of norms, rules for accessing resources, and gradual 
sanctions for rule breaking are most needed, to teach the value of invest-
ing in the maintenance of resources (Ostrom et al. 1999) and the range of 
regulating and cultural services provided. 

Conclusions

SDTFs provide a wide variety of ecosystem services that are crucial for 
human well-being, yet their provision is jeopardized by the rate of trans-
formation of such forests. Contrary to popular wisdom, areas covered by 
SDTF are not useless lands, and they ensure economic and social benefits 
to those who own them, as well as to the surrounding communities, states, 
countries, and the global community. While the provision of agricultural 
and pastoral goods obtained by removing SDTF is the most commonly 
recognized service, SDTFs also contribute to human well-being through 
a wide variety of services, including regulation of soil fertility, erosion, 
the water cycle, climate, pollinators, pests, disease vectors, invasive spe-
cies, and impacts of extreme meteorological events, as well as many cul-
tural services. Until now, agricultural production has been favored at the 
cost of losing, probably irreversibly, most of the services SDTFs provide. 
Alternative management schemes, the creation of markets for the ecosys-
tem services SDTFs provide, the empowerment of the communities that 
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manage them, and increased awareness of the services they provide may 
contribute to the maintenance of a fraction of these fragile systems and 
the crucial ecosystem services they provide. Quantitative information is 
urgently needed about the provision of the different ecosystem services 
under different management regimes, the spatial and temporal scales at 
which the associated ecosystem processes operate, the economic and social 
benefits derived from them, and the relative success of the interventions 
suggested to ensure their maintenance.
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Chapter 16

Climatic Change  
and Seasonally Dry Tropical Forests

Patrick Meir and R. Toby Pennington

Recent emphasis in research on Latin American tropical forests dominates 
our understanding of how seasonally dry tropical forests (SDTFs) may 
respond to climatic change and also of how changes in land use and fire 
incidence may interact with this response. As a consequence, our analysis 
focuses mainly on how Latin American SDTF may interact with climate 
over the twenty-first century and the wider context within which this inter-
action may occur, especially with respect to rain forest. In Latin America, 
SDTFs generally occur where rainfall is less than 1600 millimeters per year 
and where the dry season is substantial, lasting at least 4 to 6 months dur-
ing which precipitation is generally less than 100 millimeters per month 
(Gentry 1995). Apart from rainfall, SDTFs are also associated with specific 
edaphic factors, notably nutrient-rich soils (Ratter et al. 1973; Furley 1992; 
Vargas et al. 2008). In contrast, Neotropical savannas, while often occur-
ring under identical climatic conditions, are found on nutrient-poor soils 
that are usually high in aluminum and sometimes seasonally flooded (fig. 
16-1). Savannas and SDTFs are further distinguished ecologically by decid-
uousness, structure, and fire resistance. Savanna trees are frequently ever-
green, whereas most SDTF species are deciduous or semideciduous. Savan-
nas are open, grass-rich vegetation, whereas SDTFs have a closed canopy 
with few understory grasses. Without human intervention, although SDTF 
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trees may occasionally possess fire adaptations (e.g., thick corky bark), they 
lack the widespread fire-resistant features above and below ground that are 
characteristic of the woody flora of Neotropical savannas, which frequently 
burn during the dry season because of the presence of flammable C4 grasses 
(Taiz and Zeiger 2006). While SDTF, savanna, and rain forest have com-
plex relationships and perhaps represent points on a continuum of vegeta-
tion types, there are in general clear ecological differences between savanna 
and SDTF that must be taken into account when considering the effects of 
climate on tropical forests.

Although the climatic parameters under which Neotropical SDTF 
grows are found elsewhere in the Paleotropics, it is far from clear whether 
vegetation such as “monsoon forest” in Asia is equivalent, because it lacks 
key attributes of Neotropical SDTF, including the abundant succulent ele-
ment of the flora, which is especially characteristic of the drier formations 
(Pennington et al. 2009). Elsewhere, the distinction between SDTF and 
related vegetation types may occur at lower rainfall thresholds, as has been 

Figure 16-1. Soil properties across a savanna-forest boundary on Maracá Island, 
Brazil. A visible and sharp boundary in vegetation occurs between sampling stations 
15 and 16 over a distance of a few meters. There is a large difference between forest 
and savanna in levels of cation exchange (ex) capacity, acidity, aluminum (Al), mag-
nesium (Mg), calcium (Ca), and potassium (K). The data illustrate the determining 
influence of soil properties on natural vegetation cover under an identical climate. 
Figure reproduced with permission from Furley 1992.
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reported for savanna-forest boundaries in Africa (Lloyd et al. 2008), but 
the distinction among forest biome types in all regions is also moderated by 
soil fertility and/or fire incidence (Sarmiento 1992; Mooney et al. 1995).

SDTFs occupy more than 1.05 million square kilometers, about 40 
percent of the tropical forest landmass (Miles et al. 2006), and conse-
quently their effect on the interactions between the tropical land surface 
and the atmosphere may be substantial. However, because of their smaller 
stature and occurrence on more fertile soils, often near human settlements, 
they have experienced historically high rates of deforestation, with less than 
10 percent of mature forest remaining in some areas (e.g., Janzen 1988c; 
Trejo and Dirzo 2000). The primary uses of these forests have been for 
selective logging, cultivation, or conversion to grazing (Vargas et al. 2009), 
and the proximity of these human activities increases the risk of fire for 
remaining areas of SDTF.

Smaller in stature than rain forests, SDTFs tend to have closed or 
nearly closed canopies, with a biomass ranging between 40 and 150 tons 
of carbon per hectare and a leaf area index of 3 to 5 square meters of leaf 
area per square meter of ground area (Murphy and Lugo 1986a). Net pri-
mary productivity is lower for SDTF than for rain forest, partly because 
of the smaller leaf area index but mainly because of the dry season decline 
in assimilation rates. However, drought tolerance is often much greater 
than found in rain forests; notably, widely ranging adaptations to mois-
ture stress coexist despite the lower tree species diversity, and these adapta-
tions frame the likely responses by SDTF to climatic change. Access to soil 
moisture resources is a further key determinant of primary productivity by 
SDTF, with site- and species-based differences in soil profile depth, soil 
physical properties, and rooting properties strongly influencing functional 
variation among different forest formations. 

Given the diversity of SDTF types, the detailed impacts of climatic 
change on them are also likely to be diverse, but they can be considered at 
three interconnected temporal scales: responses operating from seconds to 
seasons that are predominantly physical and physiological; responses oc-
curring on a multiyear to decadal basis that are dominated by changes in 
structure, mortality, and reproduction; and responses occurring over cen-
turies or millennia. This chapter focuses mainly on the first two, reviewing 
process-level understanding of the responses by SDTF to changes in climate 
that may be seasonal, episodic such as the impact of climatic perturbations 
of the El Niño/Southern Oscillation, or secular such as twenty-first-century 
climatic warming. Process-level vegetation models are required to predict 
terrestrial ecosystem-climate responses, and although fine-scale site-specific 
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forest growth models have been available for some years, the main tool 
now used to examine ecosystem-climate interactions is the dynamic global 
vegetation model (DGVM) because this can be coupled dynamically to the 
principal type of model used for climate prediction, the general circulation 
model (GCM). 

Climatic Drivers

There is intermodel variance in GCM predictions of twenty-first-century 
climate, and as a consequence most climate change scenarios are now re-
ported as multimodel analyses (IPCC 2007). This approach is particularly 
necessary at the regional scale, as large differences can emerge in simple 
two-model comparison studies. This is especially true for regions where 
SDTFs are found, since the spatial resolution required to pinpoint effects 
on existing SDTFs is usually higher than the resolution of GCM analyti-
cal results, which may be reported at a grid scale of 200 by 200 kilometers 
(DGVM outputs can also be generated at this scale, although they have 
been reported at finer resolutions too, e.g., 50 by 50 kilometers; Sitch et 
al. 2003). Notwithstanding these concerns, there is substantial consistency 
in temperature predictions in the recent 23-model IPCC analysis, with 
estimated warming rates for regions containing SDTF consistent with or 
slightly above the global predicted means of approximately 2 to 4 degrees 
Celsius warming by 2100 (Christensen et al. 2007). However, scenarios 
for regional alterations to rainfall are more uncertain, with no clear global 
pattern emerging (Christensen et al. 2007). 

In the absence of secondary factors, warming on the land surface with-
out increased rainfall results in a reduction in soil moisture availability, or 
drought. The most recent IPCC examination of the twenty-first-century 
hydrological cycle (Bates et al. 2008) used a 15-model ensemble analysis 
to indicate that mixed effects on soil moisture availability were likely in the 
African, Asian, and Australian tropics but that a 5 to 15 percent reduction 
in soil moisture availability was expected by the late twenty-first century 
across much of tropical Latin America. Regional analysis for Amazonia has 
further confirmed that drought may become a key climatic driver during 
the twenty-first century because of a possible increase in El Niño/Southern 
Oscillation frequency (Timmerman 1999) and because of the regional im-
pacts on precipitation of warming of the northern tropical Atlantic Ocean 
relative to the south (Cox et al. 2008). Further, focusing the IPCC mul-
timodel analysis on Amazonia, Malhi et al. (2008) demonstrated a 20 to 
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70 percent agreement among GCMs in the prediction of substantial dry 
season reductions in precipitation across Amazonia, with the greatest cer-
tainty of drought in the eastern portion of the region. Other alterations to 
key climate variables, such as changes in radiation flux caused by differences 
in cloud cover, are thought to impact primary production (Mercado et al. 
2009) and may also influence tree reproduction (Wright et al. 1999). How-
ever, there remains significant uncertainty in GCM predictions of cloud 
cover over this century, and hence the majority of our analysis is restricted 
to the likely effects of temperature and moisture on SDTF, together with 
a consideration of the impacts of increased carbon dioxide concentration. 

Land use change impacts are likely to exacerbate the effects of climatic 
warming, and this may be especially true for SDTFs, given that they are 
mostly already highly disturbed and fragmented (Murphy and Lugo 1986a; 
Kauffman et al. 2003). Although the effects of small-scale land clearance 
are thought to be mixed and may sometimes lead to localized increases in 
precipitation (Werth and Avissar 2002), widespread forest conversion to 
pasture and agriculture is expected to reduce rainfall through differential 
effects on latent and sensible heat transfer (Nobre et al. 1991; Werth and 
Avissar 2002; Costa et al. 2007). Increased regional atmospheric aerosol 
loading resulting from fire and land use change could also cause widespread 
reductions in precipitation (IPCC 2007). Overall, these results imply an 
increased frequency of extreme events at seasonal and longer timescales.

Modeling Tropical Woody Vegetation Changes  
in Response to Climatic Change

The ecological differences between SDTF and savanna are relevant for 
understanding both twenty-first-century land surface–climate interaction 
scenarios and paleoecological evidence for vegetation change. A variety of 
models have been used to examine the impact of climatic warming and dry-
ing on tropical forests. A relatively straightforward approach is to consider 
near-equilibrium ecosystem-climate relationships, whereby the natural 
environmental envelope experienced by existing forests is used to inform 
how forest distribution may change under climatic forcing. Driving an 
equilibrium vegetation model with a variety of climate scenarios, Sampaio, 
Nobre et al. (2007) predicted a range of rain forest–to–savanna switches 
in Amazonia following warming and drying. A recent bioclimatic analy-
sis of the distribution of current natural Amazonian vegetation and likely 
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twenty-first-century regional climate change also indicated a shift from rain 
forest (fig. 16-2; Malhi et al. 2009). While there is substantial variation in 
the climate anomaly trajectories predicted by the different GCMs in fig-
ure 16-2, the majority imply a drought-driven transition from rain forest 
to some form of vegetation comprising species better adapted to seasonal 
drought. However, the nature of this drought-adapted vegetation will de-
pend strongly upon edaphic factors and the frequency of fire. We suggest 
that if fires are frequent and, critically, if soils are not sufficiently nutrient 
rich (Furley 1992), the tree species more likely to thrive either will be those 
found in the often narrow (3 to 4 kilometers wide; Ratter 1992) transi-
tional ecotone between the cerrado savanna and Amazon rain forest or they 
will be true savanna species. Transitional, marginal Amazonian forest such 
as this is found on poor soils and is confusingly termed mata seca, or “dry 

Figure 16-2. (A) The relationship between vegetation type and rainfall regime for 
tropical South America. Rainfall data are derived from the Tropical Rainfall Mea-
suring Mission for the period 1998–2006; vegetation data are from Eva et al. 2004. 
The mean climatological water deficit is defined as the most negative value of the 
climatological water deficit, attained over a year, where the monthly change in water 
deficit is calculated from precipitation minus evapotranspiration (both in millime-
ter/month). The zone suggested for “seasonal forest” (sensu Malhi et al. 2009, but 
likely to represent SDTF, transition forest or savanna transition forest) sits above 
the shaded area, where annual precipitation is more than 1500 mm and mean cli-
matological water deficit is between –200 and –300. Figure from Malhi et al. 2009.
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forest” (Pires 1974; Pires and Prance 1985), but it is unrelated to SDTF 
as defined here. It is mostly evergreen and consists mainly of geographi-
cally widespread rain forest species with broad ecological tolerance (Ratter 
1992). Under stronger drying and more frequent fire, a further transition 
to more open savannas might occur from this vegetation type. Because 
large areas of rain forest, including many in the drought-threatened east-
ern Amazon, are underlain by poor soils (Quesada, Lloyd et al. 2009), a 
transition to forest dominated by SDTF species is unlikely, as they favor 
nutrient-rich soils. 

Both present-day and paleoecological evidence indicate that savanna-
rain forest and SDTF-rain forest boundaries can change rapidly under a cli-
matic trend of increasing rainfall but that both savanna and SDTF are much 
more resistant to change during drought. Ratter, Richards et al. (1973), 
Ratter, Askew et al. (1978), and Marimon et al. (2006) have observed the 
spread of Amazonian rain forest into the cerrados of Mato Grosso in Bra-
zil by means of surveys carried out over 40 years since the late 1960s. In 
contrast to the nutrient-poor soils in this area, the soils are more fertile in 
the Chiquitano region of Bolivia, where Mayle et al. (2004) have used fos-
sil pollen to show that rain forest spread relatively recently into areas that 
were covered previously by SDTF. In both cases the changes were probably 
driven by increasing rainfall. Under drought, by contrast, because of gener-

Figure 16-2. (B) An evaluation of 19 GCM simulations of the change in rainfall 
regime in eastern Amazonia for the twenty-first century. The arrows represent the 
trajectories of changes in rainfall regime for each GCM, when recalculated as relative 
changes forced to start from the observed climatology (New et al. 2000). The tip of 
each arrow indicates the predicted late-twenty-first-century rainfall. The zone sug-
gested for non-rain forest vegetation (“seasonal forest” and “savana” sensu Malhi et 
al. 2009), as in A, sits above the shaded zone. Figure from Malhi et al. 2009. 
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ally poor soils, one would expect to see rain forest–to–savanna transitions 
along the southern fringe of Amazonia, and this is corroborated by fos-
sil pollen evidence that suggests expansion of savannas into the southern 
edge of Amazonia during the cool dry periods of the last glacial maximum 
(Van der Hammen 1972). SDTFs are, like savanna, strongly drought toler-
ant. Dendrochronological evidence from the SDTF of the Pacific slope of 
northern Peru suggests that most tree growth is concentrated in years of 
unusually high precipitation coincident with El Niño/Southern Oscillation 
events (P. Zavallos-Pollito, pers. comm.), indicating a physiology that can 
tolerate several years of suboptimal growth conditions. Furthermore, mo-
lecular phylogenetic studies of species and populations of woody species in 
the SDTF of inter-Andean valleys in Peru and Bolivia indicate remarkable 
population stability over timescales of millions of years (up to about 10 
million) in small geographic areas (Pennington et al. 2009). Given the large 
climatic fluctuations over these geological timescales, especially the drier 
climates of glacial periods of the Pleistocene, these data further support the 
expectation of drought resistance in SDTF.

Accurate prediction of the responses by tropical forests to drought 
requires greater model resolution than has hitherto been achieved, espe-
cially in the representation of ecological processes. Although equilibrium 
vegetation models suggest switches from one vegetation type to another, 
the actual response by vegetation to climate will be defined by multiple 
ecological and physical processes, leading to either gradual or punctuated 
changes in vegetation over several stages of development. Modeling these 
changes is desirable, as it enables a time-series quantification of the interac-
tion between vegetation and the atmosphere, and in principle it provides 
a better tool by which natural resources may be managed at large scales. 
Process-based dynamic vegetation models (e.g., DGVMs) have the struc-
ture to capture the relevant bioclimatic interactions, although they require 
observation-based parameterization (Meir et al. 2008) and can be compu-
tationally expensive. 

A widely discussed scenario of Amazonian dieback in response to 
twenty-first-century warming and drought emerged from two early DGVM 
modeling analyses (A. White et al. 1999; Cox et al. 2000). DGVMs neces-
sarily contain simplified representations of canopy structure, soil processes, 
and functional diversity among species, and these first climate-coupled 
model analyses contained much uncertainty (Friedlingstein et al. 2006; 
Meir et al. 2006) as they were based on very limited field observations, 
especially in relation to the distinctions between rain forest and other 
tropical vegetation types, such as SDTF. As a consequence, there is now 
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a focus on using field-based measurements and experimentation to reduce 
uncertainty in DGVM predictions for tropical forests (Keller et al. 2009). 
Model advances are needed in the representation of the supply of moisture 
and nutrients (especially phosphorus) to plants and of key physiological 
processes, including respiration, transpiration, and photosynthesis, to-
gether with their influences on mortality and reproduction (e.g., Fisher et 
al. 2007; Fisher et al. 2008; Baker et al. 2008; Valdespino et al. 2009). 
Further, an expansion of the functional (“species”) diversity embedded in 
DGVMs is probably needed to take account of the important ecological 
differences among SDTF, savanna, and rain forest (Mayle et al. 2004; Fyl-
las et al. 2009). However, devising the most computationally efficient way 
to do this and also incorporating the impacts of land use change remain a 
substantial challenge (Meir et al. 2006; Golding and Betts 2008). 

Sensitivity in the Carbon Cycle  
to Climate and Atmospheric Composition

Understanding the cycling of carbon and water lies at the heart of quantify-
ing forest-atmosphere interactions. Net carbon gain by plants is also used 
in DGVMs as a proxy to determine whether one vegetation type domi-
nates or is replaced by another (Cramer et al. 2001). Hence, carbon has 
been a key currency used to formulate vegetation-climate change scenarios 
(Friedlingstein et al. 2006; IPCC 2007). In the absence of abiotic oxida-
tion events such as fire, the balance of respiration and photosynthesis is 
the principal determinant of the net ecosystem productivity (NEP). This 
balance depends on the environmental responses by respiration in soil and 
plants, and by photosynthesis. 

Soil Respiration

The emission of carbon dioxide from soil, or “soil respiration” (Rs), is the 
second largest flux in the terrestrial carbon cycle and comprises both hetero-
trophic respiration of soil organic matter by microbes and autotrophic res-
piration by plant roots (Trumbore 2006). However, despite its importance 
to the carbon cycle, only a few measurements of Rs are available for SDTF. 
Rs varies in SDTF between 0.3 and 4.0 micromole per square meter per 
second and annually between 6 and 13 megagrams carbon per hectare per 



288 seasonally dry tropical forests

year (Raich and Schlesinger 1992; Cuevas 1995; Vargas and Allen 2008). 
Although the lower end of the range of instantaneous flux rates is lower 
than for rain forests, presumably because of the impact of the extended dry 
season in SDTFs, the annual values fit within the range observed for tropi-
cal upland and lowland forests (3 to 20 megagrams carbon per hectare per 
year; Schwendenmann and Veldkamp 2006; Zimmermann et al. 2009a). 

On a diurnal basis, variation in Rs appears to be larger than observed 
in lowland tropical rain forests (up to 1 micromole per square meter per 
second), and this variation is unlikely to be related principally to diurnal 
changes in soil moisture. Vargas and Allen (2008) calculated that without 
allowing for diurnal variability, the annual Rs sum might be in error by 
up to 10 percent for a Mexican SDTF. The mechanistic basis of the day-
night difference was unclear in this study, as soil temperature was not cor-
related in a simple way to Rs, although alterations in Rs might have been 
related to changes in plant root or microbial metabolic activity (Tang and 
Baldocchi 2005). Few reports exist of diurnal patterns in tropical forests, 
but Zimmermann et al. (2009b), working in a montane tropical forest in 
Peru, highlighted diurnal flux variation of up to 3 micromoles per square 
meter per second and were able to attribute the majority of this variation 
to differences in litter temperature rather than soil temperature. As with 
Vargas and Allen (2008), Zimmermann et al. (2009b) demonstrated that 
Rs calculated on the basis of daytime measurements alone would result in 
a large error in the annual sum (of up to 60 percent), underlining the need 
for future studies to account carefully for the full diurnal cycle in Rs before 
scaling flux rates to longer timescales.

Over seasonal and annual timescales, however, there is good evidence 
that as with other tropical forests, variation in soil moisture is the main 
climatic determinant of Rs (Davidson et al. 2000; Schwendenmann et al. 
2003; Meir et al. 2008). The response by Rs to soil moisture is best de-
scribed currently as a function of soil water potential, rather than the sim-
pler measure of soil moisture content by volume, and measurements have 
usually indicated either a linear response (Davidson et al. 2000; but see 
Davidson et al. 2008) or a nonlinear, peaked response surface (Schwenden-
mann et al. 2003; Sotta et al. 2007; fig. 16-3). If dry season soil moisture 
constraints are strong, Rs for tropical rain forest can decline by more than 
20 percent with respect to wet season values (e.g., Sotta et al. 2007), and 
thus better quantification of this response for SDTF should be a priority. A 
need for improved understanding of the moisture response by Rs has also 
been noted for other tropical forests (Meir et al. 2008), as the parameter-
ization in many DGVMs and other biogeochemical models may be inac-
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curate, potentially leading to large errors when Rs models are driven using 
climate perturbation data for events such as the El Niño/Southern Oscilla-
tion (Keller et al. 2009). Clearly, modeling of Rs for tropical forests such as 
SDTFs requires substantial attention to new field data. The representation 
of these processes is likely to remain partially empirical for the foreseeable 
future (Davidson and Janssens 2006), but incorporation of them into a 
single process-based framework is a realistic aim, particularly through im-
provement of the mechanistic basis of moisture controls on Rs.

Photosynthesis and Plant Respiration

Canopy-scale gas exchange by SDTF results from the combined activity 
of a variety of different life-forms, different photosynthetic pathways, and 
different patterns in dry-wet season phenology. Evergreen, deciduous, 
and succulent woody plants coexist in some types of tropical dry forest 
(Sarmiento 1972). Evergreen sclerophyllous woody plants exchange leaves 
during the wet season without losing canopy cover (Marin and Medina 
1981), but in deciduous species, canopy leaf-out is strongly related to dry 
season timing, usually occurring just before or just after the beginning of 
the rains, with differences partly dependent on variation in soil moisture 
supply and stem water storage (Lieberman and Lieberman 1984; Reich 
and Borchert 1984; Medina 1995). 

Drought tolerance mechanisms are varied among dry forest tree spe-
cies, and this is partly reflected in the spectrum of responses to drought in 
terms of the extent (or occurrence) of leaf abscission during the dry season. 
Variation in minimum leaf water potential (cf. Fisher et al. 2006), stem 
and leaf hydraulic conductance (e.g., Brodribb and Holbrook 2003), sto-
matal conductance (e.g., Choat et al. 2006), access to and tolerance of soil 
water reserves (Engelbrecht et al. 2007; Fisher et al. 2008; Goldstein et 
al. 2008), osmotic adjustment (Mulkey et al. 1991; Medina 1995), and 
stem and root water storage (Borchert 1994b) have all been identified as 
physiological response axes among which variation may confer more or 
less resistance to seasonal drought in woody species using the C3 photo-
synthetic mechanism. CAM-based photosynthesis is also adopted by some 
dry forest species, including succulents, epiphytes, and terrestrial rosettes. 
This is of note where seasonal drought is severe, because the CAM mecha-
nism confers high water-use efficiency through the accumulation of car-
bon dioxide at night (as vacuolar malic acid), thus enabling the fixation of 
carbon dioxide without substantive daytime water loss through stomata 
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(e.g., Lüttge 1997). However, the total contribution to canopy-scale gas 
exchange by the CAM pathway is only significant where CAM species such 
as columnar and shrubby cacti dominate. Lianas, on the other hand, use 
the dominant C3 photosynthetic pathway but are surprisingly abundant in 
drier forests, reaching up to 34 percent of all species and 16 percent of all 
individuals (Gentry and Dodson 1987). Water use by lianas is incompletely 

Figure 16-3. Moisture constraints on assimilation and respiration. (A) Chamber-
based measurements of the relationship between soil water potential and soil respi-
ration (Rs, micromoles per square meter per second; R2 = 0.43, P < 0.001). The 
data are from a soil moisture reduction experiment in rain forest. Figure reproduced 
with permission from Sotta et al. 2007. (B) Eddy covariance measurement of net 
ecosystem exchange (NEE) in a seasonally dry transition forest in Sinop, Mato 
Grosso, Brazil. During the 4-month dry season (May–August), ecosystem respira-
tion is more sensitive to moisture stress than is maximum photosynthesis (a decline 
of 28 percent in ecosystem respiration vs. 5 percent in maximum photosynthesis; 
Vourlitis et al. 2005). Data show changes in diel and daily NEE of CO2. Positive 
values indicate CO2 release to the atmosphere (mean NEE plus or minus SD) of 
30-minute data (spots) and average daily NEE by month (circles); the horizontal 
solid line is diel NEE = 0, and the horizontal dashed line is daily NEE = 0. Figure 
reproduced with permission from Vourlitis et al. 2005.

(A)

(B)
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understood, but their maximum photosynthetic capacities can be higher 
than neighboring C3 trees (Domingues et al. 2007), and as they have the 
capacity to dominate the upper canopy of some stands, their overall contri-
bution to canopy-scale gas exchange may be substantial (van der Heijden 
and Phillips 2008). 

In addition to affecting growth through variation in leaf fall or leaf flush 
in deciduous species, differences in water transport properties strongly af-
fect photosynthetic performance in many SDTF trees. Choat et al. (2006), 
comparing deciduous and evergreen trees, demonstrated that leaf abscis-
sion in deciduous species was strongly sensitive to changes in soil mois-
ture status and closely related to sharp reductions in stomatal conductance, 
but not reductions in leaf water potential. Those leaves that were not shed 
under drought retained a relatively high leaf water potential, and overall 
dry season canopy gas exchange declined instead through reductions in leaf 
area and stomatal conductance. Evergreen species, on the other hand, re-
sponded to strong moisture constraints through reductions in both leaf gas 
exchange capacity and leaf water potential. These differences in the mode of 
response to drought may also reflect differences in the depth of soil moisture 
access (Sobrado 1993) and are probably further influenced by plasticity in 
the hydraulic conductance of the root-atmosphere continuum. Hydraulic 
capacity has been shown to correlate strongly with photosynthetic capacity 
during the dry season (fig. 16-4; Brodribb et al. 2002). Thus, when soil 
moisture is limiting, variability in the hydraulic conductivity of both xylem 
and leaves can constrain leaf and canopy assimilation rates and may directly 
lead to the loss of photosynthetic capacity before senescence and abscission 
(Brodribb and Holbrook 2003). 

The coordination of photosynthesis with respiration that often occurs in 
tropical trees (Meir et al. 2001) implies that respiration should decline with 
photosynthetic capacity, thus theoretically impacting net leaf carbon gain 
minimally. However, in some tropical forests this relationship has been found 
to break down under drought because of moisture-stress-related increases 
in respiration. Although laboratory evidence on the response to drought by 
respiration in leaves is mixed (Flexas et al. 2006; Atkin and Macherel 2008), 
experimental drought of rain forest has resulted in increased respiration rates 
in leaves (Meir et al. 2008) and roots (Metcalfe et al. 2008). This effect has 
also been observed in leaves during a natural dry season in Mato Grosso, Bra-
zil, in the transitional Amazonian forest vegetation between rain forest and 
savanna (Miranda et al. 2005). The physiological basis for these responses 
to drought remains unclear, although increased dark respiration rates have 
been observed elsewhere in the leaves of dry-adapted species (Wright et al. 
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2006) and the effect is consistent with a need to maintain ion gradients (cf. 
Mulkey et al. 1991) and increase protein repair rates; it is possible that the 
same physiological drought responses are found in SDTF trees. 

Quantifying the effects in SDTF of the mosaic of different physiological 
responses to drought at the scale of the canopy potentially requires substan-
tial modeling detail in terms of process representation and input data from 
individual species. Alternatively, above-canopy measurements using eddy co-
variance to monitor the biophysical activity of several square kilometers of 
forest can be used to quantify seasonal and interannual transitions in NEP, 
water use, and energy exchange by vegetation and to test larger-scale models 
of these processes. We are unaware of any eddy covariance measurements 
made over strictly defined SDTF, but Vourlitis et al. (2004) and Vourlitis et 
al. (2005) have used this technique to document seasonality in the exchange 
of carbon dioxide, water vapor, and energy by a transitional Amazonian forest 
near Sinop, Mato Grosso, Brazil. This forest occupies the ecotone between 
rain forest and savanna and experiences strong dry seasons and more substan-
tial seasonal leaf fall than Amazonian rain forest, even though few trees are 
truly deciduous. Despite likely variation at the levels of species and individu-
als, these canopy-scale data have demonstrated that the gross environmental 

Figure 16-4. Mean leaf-specific hydraulic conductivity plus or minus SE (KL) ver-
sus mean photosynthetic capacity (electron transfer rate, ETR) plus or minus SE 
for branch tips of 12 species investigated in a SDTF in Costa Rica. Nondeciduous 
species were measured in the mid (closed triangles) and late (spots) dry season and 
the wet season in July (open triangles); deciduous species were measured in July 
(open diamonds). A strong initial response of ETR to KL appears to saturate when 
KL is in excess of approximately 3 kilograms per second per megapascal meters. 
Figure reproduced with permission from Sotta et al. 2007 and Vourlitis et al. 2005.  
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response characteristics of the Sinop transitional forest can be represented by 
relatively simple empirical models driven by soil moisture availability, tem-
perature, radiation intensity, and atmospheric water vapor pressure deficit 
(Vourlitis et al. 2005). Initial measurements suggested that, overall, this rain 
forest–savanna transition forest is in carbon balance on an annual basis and 
during normal rainfall (Vourlitis et al. 2004), although the forest was consid-
ered at risk of losing carbon (i.e., a negative NEP) under a warming scenario. 
Understanding the mechanisms determining the net carbon balance is critical 
to reliable predictions of forest-atmosphere interactions, and an interesting 
finding in this work was that the determinants of seasonal variation in NEP 
varied strongly and also differed from the assumptions underlying recent 
modeling approaches. Under seasonal drought at this site, the maximum 
photosynthetic rate was resistant to drought, declining by only 5 percent, 
while ecosystem respiration was strongly drought sensitive, declining by up 
to 28 percent (fig. 16-4), partly because of large reductions in Rs. Thus, varia-
tion in NEP during the year was strongly dependent on variation in respira-
tion processes in soil and plants, not just photosynthesis. Although recent 
attempts to model the impacts of drought on rain forest gas exchange have 
been successful (Fisher et al. 2007; Baker et al. 2008), the role of respiration 
in NEP has not been fully accounted for in tropical forests (Meir et al. 2008). 
Modeling these effects accurately and over longer time periods remains a 
challenge, but clearly a closer focus on the effects of climate on the interplay 
between photosynthesis and respiration in both soil and plants is needed to 
fully capture the response to climatic change by SDTF.

Mortality, Reproduction, and Resilience 

Short-term physiological responses to drought have impacts over the 
long term, most notably through negative effects on growth and mortal-
ity. The direct impact of mortality on photosynthesis is immediate, largely 
through the loss of functional leaf area. The effects of tree mortality on Rs 
are strongly constrained by soil moisture availability, but over longer time 
periods, mortality will also affect the allocation of newly acquired carbon to 
belowground components (Tang and Baldocchi 2005; Brando et al. 2008). 
Hence, lagged reductions in soil carbon stock and Rs can be expected in the 
decades following substantial tree mortality events under climatic forcing.

Understanding tree death is central to modeling the impacts of climatic 
change on NEP and to modeling vegetation change in response to climate. 
Although the proximate reasons for the death of individual trees are varied 
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(Martini et al. 2008), in the absence of human intervention, the underly-
ing biological reasons for mortality are physiological or pathogenic; oth-
erwise, death results from substantial physical disturbance events, such as 
fire (e.g., Fensham et al. 2003) or hurricanes (e.g., Vargas et al. 2008). As 
SDTFs are subjected annually to strong seasonality in rainfall, understand-
ing the process of drought-related mortality is important. McDowell et al. 
(2008) review proposed plant physiological responses to moisture stress 
(Tardieu and Simonneau 1998), and they distinguish between species that 
use strong stomatal control to maintain leaf water potential above a mini-
mum value (“isohydry”) and those that rely instead on maintaining a water 
supply from the soil even at low soil-moisture availability (“anisohydry”). 
By exerting minimal stomatal control under moisture limitation, anisohy-
dric plants risk mortality by hydraulic failure under severe drought (Tyree 
and Sperry 1988; West et al. 2008). In contrast, isohydric plants reduce (al-
though they do not remove) the risk of hydraulic failure by exerting strong 
stomatal control under moisture stress. However, by doing so, they risk 
death by “carbon starvation” because of the negative impact on photosyn-
thesis of reduced stomatal conductance and high leaf temperatures and/or 
through increased susceptibility to pathogenic attack (Ayres and Lombar-
dero 2000; Meir et al. 2006; McDowell et al. 2008). 

There is evidence that some Amazonian rain forest trees are isohydric 
(Fisher et al. 2007), implying that the dominant mode of tree death dur-
ing extreme drought in these ecosystems is carbon starvation, or physical 
and biological damage resulting from reduced carbon acquisition. Reduced 
carbon supply has also been implicated in observed declines in flower and 
fruit production in tropical forests (Brando et al. 2006; Zimmerman et al. 
2007), and so carbon starvation may both increase mortality and reduce 
fecundity among species not resistant to drought. In contrast, experimental 
studies on tree seedlings that naturally experience a wide range of seasonal 
drought intensities in Panama have indicated that hydraulic failure is the 
principal reason for death under strong moisture stress (Kursar et al. 2009). 
Thus, studies available from tropical forests suggest that more than one 
physiological mechanism causing death in SDTF trees is likely and that, in 
any case, stomatal adaptations to drought are likely to be complemented 
in many species by adaptive leaf abscission, with consequent impacts on 
the supply of carbon to support metabolism. Quantifying the combined 
importance of isohydric species, anisohydric species, and moisture-stress-
related leaf abscission limits may be a useful way to advance the mechanistic 
representation of drought impacts on mortality in SDTF. 

Improved modeling of the physiological basis of changes in tree mor-
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tality and reproduction is clearly needed to represent properly the change 
in SDTF in response to warming and drought, but as important is the re-
sponse under drought by SDTF to fire. While climate may force vegetation 
change gradually, even in the face of species management (Maranz 2009), 
fire is often the switch that converts a drought-stressed-but-resistant forest 
to a more open woody or grass-dominated vegetation type (Vourlitis et al. 
2004; Hutyra et al. 2005). Fire reduces forest biomass (Kauffman et al. 
2003) and soil carbon stocks (Castellanos et al. 2001; Powers 2004), and 
smoke from forest fires can affect the surface energy balance (Wang and 
Christopher 2006) and local to regional rainfall patterns (Nepstad et al. 
2001; Werth and Avissar 2002). The interplay of drought and fire main-
tains the open nature of some savannas (Fensham et al. 2003), and this 
process is beginning to be incorporated into vegetation models, together 
with the physical and atmospheric effects of fire. 

The role of fire in maintaining successional processes in SDTF has 
been discussed by Vieira and Scariot (2006). Where species are fire resis-
tant, recovery may be rapid, but given an adequate natural seed source, 
reestablishment and relatively fast regrowth after complete forest loss are 
also characteristic of SDTF because of the high soil fertility (Murphy and 
Lugo 1986a). The effect is to impart substantial resilience to, and relatively 
rapid recovery from, disturbance and, in some cases, disturbance by fire. 
In view of this, Ewel (1980) suggested that recovery by SDTF from dis-
turbance was rapid in comparison to rain forest, especially as the floristic 
complexity of the mature vegetation was lower. Lebrija-Trejos et al. (2008) 
tested this idea in southern Mexico and found that resilience was not in-
trinsically higher in SDTF following extensive disturbance by agriculture. 
However, studying recovery of SDTF from severe fires in the northeastern 
Yucatán, Mexico, Vargas et al. (2008) were able to demonstrate that recov-
ery rates for carbon stocks were relatively rapid, probably the result of rapid 
reestablishment and growth of new trees, rather than regrowth of existing 
damaged trees. In this latter study, belowground carbon stocks apparently 
returned to prefire values within 20 years, and aboveground carbon stocks 
returned to prefire values within 80 years. 

Future Impacts of Land Use and Climate on SDTF

The impacts of land use and climate can be divided into an analysis of the 
ecological response by forest to climate and of the integrated effects on 
SDTF of changes in climate, fire incidence, and land use.
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Ecological Responses to Climatic Warming and Drying

Short-term fluxes of gross primary production, respiration, or evapotrans-
piration (e.g., Vourlitis et al. 2005; Vargas et al. 2008) have been mea-
sured and relatively well parameterized for some sites. This information 
provides a key test bed for vegetation-climate models (Fisher et al. 2007; 
Baker et al. 2008), but because of a lack of experimental and long-term 
observational evidence, mechanistic modeling of decade- or century-scale 
vegetation-atmosphere interactions for SDTF remains reliant principally 
on physiological principles. For example, in a recent review, Lloyd and 
Farquhar (2008) argued that the positive effect of increased atmospheric 
carbon dioxide concentration on photosynthesis in tropical forests is 
likely to outweigh any negative impacts of warming through concurrent 
temperature increases, and the overall effect will probably balance in favor 
of a positive impact on NEP. The wide range of adaptations to drought 
in SDTF trees is therefore likely to be enhanced at higher atmospheric 
carbon dioxide concentrations because plants will be able to reduce water 
loss through stomatal closure without reducing photosynthesis (Kirsch-
baum et al. 1996). However, future patterns of transpiration remain un-
clear, as under drought and/or warming, a drier atmosphere will impose 
a bigger atmospheric demand on evaporation, potentially leading instead 
to higher rates of evapotranspiration (Salazar et al. 2007) irrespective 
of reductions in stomatal conductance. Plant respiration has previously 
been considered to be strongly sensitive to temperature, but more recent 
analyses favor the hypothesis that plant tissues may acclimate to higher 
temperatures (Atkin and Tjoelker 2003), and this would also confer resis-
tance to climatic drying and warming through reduced use of plant car-
bon reserves. Additional uncertainty remains as to whether the response 
in stomatal conductance to increased atmospheric carbon dioxide concen-
tration over the long term will be similar to the declines reported from 
short-term measurements, and the impact of this response may in any 
case be further modified by changes in leaf area index and the response 
to drought by plant respiration, as discussed earlier (Atkin and Macherel 
2008; Meir et al. 2008). 

Linking these physiological responses to the longer-term ecological 
processes that determine vegetation change, such as mortality and repro-
duction, remains a modeling frontier (McDowell et al. 2008), and currently 
most DGVMs only contain crude representations of the fundamental con-
nections among these processes (Moorcroft 2006). However, although lit-
tle process-based vegetation modeling specific to SDTF has been reported, 
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new dynamic vegetation models (Moorcroft 2006) and new multidecadal 
observational data sets from lowland rain forests (e.g., Philips et al. 2009) 
offer the near-term prospect of rapid improvements in the ecological repre-
sentation of the response to twenty-first-century climate change by tropical 
forests (Meir et al. 2006).

Fire and Land Use

The role of fire in maintaining both open and closed tropical woody 
vegetation types has been discussed elsewhere (Maranz 2009; Durigan 
2006). However, the impact of fire on many tropical forest ecosystems 
has increased markedly in intensity in recent decades because of human 
land use (Cochrane and Laurance 2002). The rate of conversion of SDTF 
to grazing or agriculture is particularly high because of the relative ease 
of access and the relatively high soil fertility of these forests (Kauffman et 
al. 2003; Vargas et al. 2009). This makes SDTF more vulnerable to fire, 
under a scenario of climatic warming and drying, than many other tropi-
cal forests. A key concern is of high-intensity fires leading to substantial 
loss of vegetation cover; if local seed sources are not available, this will be 
followed by restricted regrowth of woody SDTF vegetation.

The networks of positive feedbacks among climatic warming and dry-
ing, land conversion, forest fragmentation, and fire have been described 
in detail for lowland rain forest (Nepstad et al. 1999; Nepstad et al. 2001; 
Soares-Filho et al. 2006). But for no tropical region have coupled dy-
namic models been developed to synthesize interactions of climate, veg-
etation, deforestation, and fire. In a recent attempt to address this issue 
for South America, including many areas of SDTF, Golding and Betts 
(2008) superimposed deforestation scenarios (Soares-Filho et al. 2006; 
van Vuuren et al. 2007) and a simple climate-driven fire model (Noble et 
al. 1980; Hoffmann et al. 2003) upon an ensemble climate model analy-
sis using GCM output that also incorporated a simplified representation 
of the response to climate by vegetation (HadCM3; Collins et al. 2001; 
Harris et al. 2008). This first integrated analysis demonstrated a substan-
tially increased fire risk across lowland Amazonia by 2020 and a “high” 
risk of fire across 50 percent of the region by 2080. Some of the areas of 
high fire risk overlap with current areas occupied by SDTF and under-
line the need to quantify the role of fire in near-term and decadal-scale 
analyses of the response by SDTF to climatic warming and drying in the 
twenty-first century.
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Conclusions

The responses by tropical forests to drought and fire have become touch-
stone issues in environmental science and governance in recent years, es-
pecially in Latin America. Consequently, increased attention has focused 
on predicting the effects of climate on tropical forests, of which SDTFs 
comprise a significant land area. 

SDTFs represent a heterogeneous but very widely occurring vegeta-
tion type. They are floristically distinct from rain forest and savanna and 
exhibit discrete ecological characteristics and histories. Although the climate 
response characteristics of the wet-season carbon and water cycles of SDTFs 
are unlikely to differ widely from those of rain forest, the range of physio-
logical and phenological adaptations to drought that are exhibited by SDTF 
tree species shows that, like many savanna species, they are much more re-
sistant to seasonal and multiyear soil moisture deficits than rain forest spe-
cies. By contrast, while fire resistance in SDTF species is less than in many 
savanna trees, some adaptation to fire is evident, perhaps placing them at an 
advantage over rain forest species. In the absence of land use change, we ar-
gue that it is these ecological differences, together with the key tendency for 
SDTFs to require fertile soils, that will set apart the role played by SDTFs in 
tropical forest–climate interactions in the twenty-first century. 

Climate and vegetation modeling studies have focused on the potential 
for rain forest to degrade into lower-biomass forest types, but no process-
based modeling study has yet distinguished between rain forest–SDTF 
and rain forest–savanna transitions. Modern and paleoecological evidence 
suggest that while savanna or SDTF may aggrade into rain forest in a cli-
matic wetting scenario, drought-impacted rain forest will only degrade into 
SDTF where soils are fertile and seed sources are sufficient. Many Ama-
zonian rain forest soils are too infertile to support SDTF, making more 
likely a drought-driven transition to vegetation dominated by species such 
as those currently found in the transitional forest between Amazon rain for-
est and the cerrado savannas. Only where soils are more fertile will drought 
favor SDTF species. These simple but important ecological rules need to be 
incorporated rapidly into current modeling analyses if realistic scenarios of 
vegetation transitions across Amazonia are to be simulated. 

The relatively new modeling frameworks of DGVMs provide a way 
of dynamically and mechanistically representing the processes governing 
the responses to drought by rain forest, SDTF, and savanna and of cou-
pling them with both climate and land use models. Integrated modeling 
of this sort strengthens environmental policy and governance and can sub-
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stantially improve the prospects for reducing the rate of tropical forest loss 
(Nepstad et al. 2001; Mitchell et al. 2008). The first such integrated steps 
in tropical land-atmosphere modeling are beginning to be taken, but future 
work will need to pay close attention to both the differences in the ecology 
of tropical forest types and the land use risks to which they may be exposed. 
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Chapter 17

Synthesis and Promising Lines of Research 
on Seasonally Dry Tropical Forests

Harold A. Mooney

In the mid 1990s the first global synthesis of our knowledge of the biol-
ogy of seasonally dry tropical forests (SDTFs) was published (Bullock et 
al. 1995). The motivation for that synthesis was the fact that vast areas of 
tropical dry forests of the world were poorly studied and yet they repre-
sent one of the most threatened ecosystems of the world. These systems 
provide a vast treasure of biological information on the adaptive modes 
of organisms to an environment that is not thermally limited but where 
water availability varies greatly within and between seasons. It was hoped 
that revealing the knowledge that had accrued would be a stimulus to 
further research on these unique ecosystems as well as new efforts for 
their conservation.

A comparison of the 1995 volume with this book shows that much 
new information has accumulated on the biology of these systems and their 
conservation. Also, a reading of both volumes gives us a glimpse of the 
increasing attention toward not only studying what we have left but also 
learning about restoring what we have lost. This volume differs from the 
earlier volume in that it concentrates solely on the Neotropics, whereas the 
former treatment was somewhat more global in coverage.

The seasonally dry tropical forest, as an ecosystem type, has a 
widespread distribution in the Neotropics, extending from Mexico to 
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 Argentina. A detailed floristic analysis by Linares-Palomino et al. indicates 
that there are strong floristic affinities among these systems within the so-
called Pleistocenic Arc of now-isolated pockets of SDTF stretching from 
Argentina to Paraguay to Brazil. The more northerly representatives of the 
SDTF, in the Caribbean region and Central America, are, however, not 
closely related to those of the south. The few widespread species that oc-
cur in both the north and the south likely represent long-distance dispersal 
events. Caetano and Naciri, in a more geographically limited study but 
utilizing genetic data from widespread species, support the Pleistocenic 
Arc hypothesis. 

Chapter 3, by Sánchez-Azofeifa and Portillo-Quintero, underscores 
the large losses that have occurred over time to the SDTFs. Their analysis 
indicates that in tropical regions, SDTFs have been the first systems to 
fall to agricultural development and continue to represent prime conver-
sion targets for pasturage, as well as intensive and subsistence agriculture. 
Remote sensing of the status of these forests is being utilized to a greater 
degree to document these trends, but there are still issues in the clas-
sification of the remotely sensed images due to the complexity of these 
forests in terms of tree density and even leaf duration. Further, the variety 
of image scales utilized in the analysis of the remotely sensed images has 
led to variability in the estimates of their extent. However, there is little 
question about the continuing conversion trends of the SDTF and the 
large losses that have occurred in all of the Neotropical countries where 
conversion occurs.

The inventory of the biodiversity richness of the SDTF indicates that 
this is a work still much in progress. Wall et al. make the case that our 
knowledge of the diversity of soil fauna is still at a rudimentary stage, even 
more so than in most of the other ecosystems of the world. Given the cen-
tral role that decomposers play in ecosystem functioning, and the adaptive 
challenges of the seasonally dry system, soil biology should be a lure for 
future research effort that will be very fruitful. 

Looking more generally at insect diversity, Hanson notes that although, 
in general, insect species richness is greater in wet forests than in dry forests, 
as is the case for plant species, there are some exceptions—beetle species, 
bee genera, and nocturnal moths reversing this trend. Interestingly, it ap-
pears that a number of species previously restricted to the dry forest are 
now invading areas of wet tropical forest that have been converted to agri-
cultural use. 

Our knowledge about SDTF mammals is certainly incomplete, as 
Stoner and Timm illustrate. There are indications that mammal diversity in 
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this system is as great as that in the tropical wet forests. There is a surprising 
lack of information on the physiological ecology of SDTF mammals, which 
needs attention since the seasonally dry and warm conditions of this system 
put enormous stress on mammals, and no doubt greater study will reveal 
new pathways for surviving this metabolically challenging environment. 
However, there is a limited pool of scientists specializing in this research 
area. This is indicated by the fact that the overwhelming number of stud-
ies of mammals in the SDTF are centered in only four countries—Mexico, 
Costa Rica, Brazil, and Panama. Large mammals characteristic of this sys-
tem are among the most threatened in tropical areas because of the enor-
mous loss and fragmentation of this system, although some small-bodied 
species have actually benefited.

Three chapters in this volume focus on ecosystem processes in the 
SDTF—Jaramillo et al., Maass and Burgos, and García-Oliva and Jaramillo. 
The first two of these studies provide comprehensive and long-term data 
sets for understanding the dynamics of ecosystems that occur in highly vari-
able environments. The normal “snapshot” studies of community and eco-
system dynamics can lead to misleading interpretations of the events con-
trolling system processes through time. At the Chamela long-term research 
site, the annual growth period can be as short as 3 months and as long as 
nearly 8 months. There is a legacy effect of these episodic events that may 
play out over many years in the structuring and functioning of this eco-
system type and on those societies that are dependent on the services they 
provide, as Maass and Burgos clearly illustrate. Knowing the combinations 
of rainfall years that precede any given new year gives early warning on how 
to prepare for the year ahead.

Giraldo and Holbrook discuss the search for ecosystem function pre-
dictability at the level of the responses of individual trees. They reveal that 
some of the triggers that have been implicated for leaf-out time and leaf 
abscission are mediated through changes in the “plumbing” of the trees 
relating to changes in the hydraulic conductivity. These findings open up a 
new area for research on the determinants of the duration of the canopy—
certainly a key element in controlling ecosystem resource processing.

The carbon and nutrient dynamics of these systems have certainly been 
elaborated to a greater extent since the 1990s, although for some param-
eters, such as net primary productivity, there were no new published data 
in the interim. The values we do have indicate a net primary productivity 
of between 11 and 13.5 megagrams per hectare per year with 40 percent 
of this allocated belowground. Fine-root production is mainly restricted to 
the upper soil profile, with more than 40 percent occurring in the upper 10 
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centimeters. Virtually all of the incoming rain is taken up by the vegetation, 
with very little runoff feeding the stream systems. No doubt there is consid-
erable variation in these values from site to site and from region to region, 
but we cannot capture this from the scant data available.

A detailed comparison of breeding systems, pollination, and fruit dis-
persal modes in wet and dry tropical forests by Quesada et al. indicates 
that both systems are highly dependent on insects for pollination success 
but with a greater number of obligate outcrossing species in the SDTF. 
In contrast, plants of the SDTF are less dependent on animal dispersal of 
their fruits. Those species of the SDTF are particularly vulnerable to for-
est fragmentation if dependent on pollination by insects of low range ex-
tent. There can be pollinator substitutes in disrupted habitats, such as feral 
honey bees, but these bees are preferentially attracted to those species with 
mass flowering. 

What has been the impact of forest conversion to agricultural land-
scapes on biological diversity? With such a small fraction of the original 
SDTF remaining, this is certainly a key question. Chazdon and coworkers 
explicitly examine such conversions, first in general and then in a spe-
cific locality characterized by small plot conversions that utilized limited 
equipment and pesticide use. In the general case, they recount the findings 
of countryside biogeography that there is more native diversity remain-
ing than originally predicted in farming systems but that this depends 
on agricultural practices and time since conversion, concluding that it 
is important to work with farmers and their land use constraints, legal 
or otherwise, to optimize the maintenance of biodiversity. Surely this is 
a crucial adjunct to conservation approaches through reserve formation 
and further gives the possibility of building resilience to the changing 
climate, since management is the prevailing practice. In the case of “light” 
conversion to agriculture, it appears that post-abandonment succession 
returns the native biodiversity in less than a decade through natural suc-
cession. This focus of optimizing “working landscapes” for biodiversity 
preservation, plus more attention to restoration possibilities, certainly 
represents a shift from the thinking embodied in the 1995 volume on 
the SDTF. However, there are also concerns about the loss of genetic 
diversity due to impacts on species distributions and reproductive sys-
tems. Then the dramatic loss of nutrient capital in conversion certainly 
would have some impact on the time of full recovery of these systems af-
ter abandonment—but nonetheless, there is no question that we will need 
to think more deeply about conservation of the components of the SDTF 
during the continuing onslaught of population growth, system conver-
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sion, and climate change. Detailed studies on the restoration possibilities 
for various elements of the SDTF are revealing. The oak species studied 
by Cavender-Bares and colleagues is capable of being restored if a crucial 
element is provided: aided dispersal of the acorns.

One of the remarkable things about the SDTF is the enormous num-
ber of species that have value for society, be it as food, fiber, waxes, medi-
cines, beverages, building and handicraft material, and so forth. Peters in 
his chapter describes how community-based management of the valuable 
resource of these forests has resulted in their long-term sustainability. The 
application of this model depends on the land tenure system and a full de-
velopment of the economic and social potential of the resources available. 
Another powerful approach to evaluating the resources from the SDTF 
that are of benefit to society is the evaluation of their ecosystem services. 
This work has just begun, as Balvanera and colleagues note. They make 
the case that the value of the services provided by these systems can exceed 
that provided by conversion of these forests for many agricultural uses. The 
challenge is to provide information about all the items in the ecosystem 
resource base, such as carbon sequestration, and the values of those services 
to society in the current marketplace, and to foster the development of new 
markets for system products. 

The concluding chapter of the volume looks to the future. All of our 
knowledge about ecosystem structure and function is built on our knowl-
edge of how they respond to the local climate through time. The SDTF, of 
course, is remarkable in its adaptability to extreme variation in the availabil-
ity (timing and amount) of precipitation. Predictions about the future sta-
tus of the SDTF is uncertain for a number of reasons; for one, the climate 
models differ considerably in their predictions about rainfall change, the 
main controller of this system, and further, the vegetation response model-
ing capacity available at present cannot fully capture even the information 
that we do have about the physiological responses of the many constituent 
species of these systems. We are still at the point, however, that land use 
conversion remains the major threat to the viability of the SDTF. 

This volume shows that significant progress has been achieved in our 
understanding of the ecology and conservation biology of SDTFs since 
the last synthesis of knowledge. However, it is clear that more needs to 
be learned about this critical tropical ecosystem to help stem the forces of 
disruption that are destroying their capacity to continue to deliver ecosys-
tem services to society. The volume identifies some of the most pressing 
lacunae that need to be filled to ensure the conservation of the remaining 
areas of SDTF and the restoration of degraded areas. It of course will take 
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more than better scientific knowledge alone to accomplish conservation 
and restoration of the unique resources provided by the SDTF. It will 
take the involvement of the many stakeholders who live in these unique 
landscapes and who are dependent on the sustainability of these systems.
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