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anthropogenic impact on the environment; water, air and soil pollution; remediation

and waste characterization; environmental contaminants; biogeochemistry; geo-

ecology; chemical reactions and processes; chemical and biological transformations

as well as physical transport of chemicals in the environment; or environmental

modeling. A particular focus of the series lies on methodological advances in

environmental analytical chemistry.

vii



.



Series Preface

With remarkable vision, Prof. Otto Hutzinger initiated The Handbook of Environ-
mental Chemistry in 1980 and became the founding Editor-in-Chief. At that time,

environmental chemistry was an emerging field, aiming at a complete description

of the Earth’s environment, encompassing the physical, chemical, biological, and

geological transformations of chemical substances occurring on a local as well as a

global scale. Environmental chemistry was intended to provide an account of the

impact of man’s activities on the natural environment by describing observed

changes.

While a considerable amount of knowledge has been accumulated over the last

three decades, as reflected in the more than 70 volumes of The Handbook of
Environmental Chemistry, there are still many scientific and policy challenges

ahead due to the complexity and interdisciplinary nature of the field. The series

will therefore continue to provide compilations of current knowledge. Contribu-

tions are written by leading experts with practical experience in their fields. The
Handbook of Environmental Chemistry grows with the increases in our scientific

understanding, and provides a valuable source not only for scientists but also for

environmental managers and decision-makers. Today, the series covers a broad

range of environmental topics from a chemical perspective, including methodolog-

ical advances in environmental analytical chemistry.

In recent years, there has been a growing tendency to include subject matter of

societal relevance in the broad view of environmental chemistry. Topics include

life cycle analysis, environmental management, sustainable development, and

socio-economic, legal and even political problems, among others. While these

topics are of great importance for the development and acceptance of The Hand-
book of Environmental Chemistry, the publisher and Editors-in-Chief have decided
to keep the handbook essentially a source of information on “hard sciences” with a

particular emphasis on chemistry, but also covering biology, geology, hydrology

and engineering as applied to environmental sciences.

The volumes of the series are written at an advanced level, addressing the needs

of both researchers and graduate students, as well as of people outside the field of

“pure” chemistry, including those in industry, business, government, research

establishments, and public interest groups. It would be very satisfying to see

these volumes used as a basis for graduate courses in environmental chemistry.

With its high standards of scientific quality and clarity, The Handbook of
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Environmental Chemistry provides a solid basis from which scientists can share

their knowledge on the different aspects of environmental problems, presenting a

wide spectrum of viewpoints and approaches.

The Handbook of Environmental Chemistry is available both in print and online

via www.springerlink.com/content/110354/. Articles are published online as soon

as they have been approved for publication. Authors, Volume Editors and Editors-

in-Chief are rewarded by the broad acceptance of The Handbook of Environmental
Chemistry by the scientific community, from whom suggestions for new topics to

the Editors-in-Chief are always very welcome.

Damià Barceló

Andrey G. Kostianoy

Editors-in-Chief
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Volume Preface

Global changes, including socio-demographic and environmental issues, are chal-

lenges to our society. Drivers of global change are climate change, population

growth, urbanization, industrialization, and rising income, living standards, and

water and energy demand. These forces will be confounded by slowing productivity

growth, falling investment in irrigation and agriculture worldwide, loss of biodi-

versity, risk to public health, and water scarcity, among other issues. Future

population growth and water scarcity pose significant risks to global food security,

as it has been already pointed out by Professor John Beddington, UK Government

Chief Scientist, in March 2009, by the so-called “Perfect Storm” of problems by

2030 [1]. This perfect storm involves food shortages, scarce water, and insufficient

energy resources that threaten to unleash public unrest, cross-border conflicts, and

mass migration as people flee from the worst affected regions.

It is nevertheless remarkable that water, sanitation, and health nexus were among

the earliest issues being reported. The connection between human health and well-

being and access to sufficient drinking water has long been recognized. Public

health and epidemiology started on the concept of water-borne diseases, and the

nature of human exposure to bacteria in polluted waters has driven the mandate for

sanitation and hygiene, still important throughout the world today. Already in 1514

anonymous maps displayed drainage to improve public health in Italy. Through the

London epidemics of 1849 and 1854, Snow [2] verified his hypothesis that con-

taminated water was the critical variable in cholera transmission, when he plotted

cases and the area of water distribution.

But we know that human exposure to different contaminants takes place also via

food, air, and dust. The influence of diet on human concentration of persistent

organic pollutants or the links between air pollution and adverse health effects has

been recognized.

A lot of information already exists on regulated contaminants and human health,

but there is less information on the influence of the so-called emerging contami-

nants and nanomaterials. Due to the fact that most of the emerging organic

contaminants are not regulated, a few studies are available in relation to human

health issues. For this reason I think that this book is timely due to increased

interest in the last years to bridge human health with environmental and food

contamination. The establishment of relationships between human health and levels

some of these emerging contaminants in body fluids is taking place at global scale,
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from USA, China, and EU countries. Links between antibiotic resistance due to the

use of large amounts of antibiotics for human and veterinary purposes, or the direct

relationship between levels of drinking water disinfection by products with bladder

cancer, asthma, genotoxicity, and cytotoxicity were established. One of the most

recent issues of concern is the use of nanomaterials in food industry via food

packaging and their way that these nanomaterials migrate to the food. The Europe-

an Food Safety Authority (EFSA) has already published a report on that emerging

issue.

The book contains 14 chapters that cover several chemical groups of emerging

organic contaminants, several of them are persistent, bioaccumulative, and toxic

(PBT) while others are associated with other effects such as endocrine disruption,

antibiotic resistance, and bioaccumulation in biota. One of the groups with more

chapters on this book are the pharmaceuticals with emphasis on antibiotics and on

all the problems associated with the increased pharmaceutical products used in

hospitals as well as the issue of ecopharmacovigilance that was introduced in 2008.

Other emerging contaminants reported are brominated flame retardants, polar

pesticides, phthalates, phosphate esters, perfluorinated compounds, personal care

products, musks, and illicit drugs among others. The various chapters describe

levels in environmental, food, and health matrices with the exception of the two

chapters of the book that dealt with toxicological and ecotoxicological issues of the

emerging contaminants.

This book is intended for a broad audience, from analytical chemists, environ-

mental chemists and engineers, toxicologists, ecotoxicologists, and epidemiologists

working already in this field as well as newcomers including students in their first

years of their Ph.D. who want to learn more about this issue. Finally, I would like to

thank all the authors for their time and efforts in preparing the corresponding

chapters that make this book unique in this HEC series.

Barcelona, Spain Damià Barceló
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Emerging Organic Contaminants

and Nanomaterials in Food

Marinella Farré and Damià Barceló

Abstract Governments all over the world are intensifying their efforts to improve

food safety. These efforts come as a response to an increasing number of food safety

problems and rising consumer concerns. In addition, the variety of toxicant residues

in food is continuously increasing as a consequence of industry development, new

agricultural practices, environmental pollution, and climate change. This paper

reviews the major groups of emerging contaminants in food, as well as, the levels

of concentrations reported and the analytical approaches presented for their detec-

tion with special emphasis on more fast and cost-efficient methods of detection.

The four main groups of emerging food contaminants that are discussed here are:

1. Industrial organic pollutants: Perfluorinated compounds (PFCs), polybrominated

diphenylethers (PBDEs), new pesticides, and nanomaterials.

2. Pharmaceutical residues: Antibiotics and coccidiostats

3. Biotoxins: Emerging groups of marine biotoxins

Keywords Biotoxins, Coccidiostats, Food contaminants, LC-MS/MS,

Nanomaterials antibiotics, Perfluorinated compounds, Pesticides, Polybrominated

diphenylethers
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Department of Environmental Chemistry, Institute of Environmental Assessment and Water

Studies, IDAEA-CSIC, C/Jordi Girona 18-26, 08034 Barcelona, Spain

e-mail: mfuqam@cid.csic.es

D. Barceló
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1 Introduction

Contaminants are substances that have not been intentionally added to food. These

substances may be present in food as a result of the various stages of its production,

packaging, transport, or holding. They also might result from environmental con-

tamination. Since contamination generally has a negative impact on the quality of

food and may imply a risk to human health, the EU has taken measures to minimize

contaminants in foodstuffs.

There are many thousands of chemical substances in food; most of them being of

natural origin. A number, however, are man-made and arise from the use of

agrochemicals, or due to pollution of water, soil and air, or occur during food

preparation/processing. In addition, food may contain biological contaminants.

A range of additives may also be added for a variety of purposes (e.g., to enhance

the flavor, color, improve stability).

Therefore, while consumers expect the food that they eat to be safe, as a

consequence of industrial development, pollution, and climate change, the variety

of food contaminants are increased. Currently, one of the great challenges in food

safety is controlling the risks associated with mixtures of contaminants, which

continuously are changing.

Among the most prominent groups of emerging food contaminants can be

considered industrial origin contaminants as perfluorinated compounds (PFCs),

polybrominated biphenyls (PBBs), the new generation of pesticides, nanomaterials,

and emerging groups of marine biotoxins (such as palytoxins and spirolides). Many

of them are of particular concern because they can cause severe damages in human

health; for example, some of them are suspected to be cancer promoters. Other

selected compounds have been related to endocrine disruptor effects or can be

accumulated and biomagnified through the food chain.

2 M. Farré and D. Barceló



In this review, we have been selected the most relevant groups of emerging food

contaminants. We also included some groups of pharmaceuticals of special concern

such as antibiotics which can create bacterial resistances and which are illegally

used as growth promoters. The main sources of the selected groups of contaminants

will be discussed together with their toxicological data and concentrations reported

during the last few years. The strategies for their analysis including sample prepa-

ration, separation, and detection will be presented.

2 Sources of Food Contamination, Properties

and Toxicological Properties

2.1 Industrial Origin Compounds

Since the industrial revolution in the nineteenth century, the knowledge on chemistry

was developed rapidly, together with several industries. Currently, under the

REACH legislation more than 100,000 compounds have been pre-registered for

use within the European Union. Chemicals are present in all kinds of industrial

applications and consumer products. However, some of these compounds or their

degradation products can cause damage to the environment and human health.

Food safety, have to face the possible contamination produced during the whole

process, including those from environmental contamination or used directly related

to the food production (pesticides, veterinary drugs, contamination associated with

cooking, processing, packaging, and conservation, among others).

In addition, some compounds are classified as persistent organic pollutants

(POPs), because of their resistance to degradation and can be bioaccumulated,

show long-range transportation, and are toxic. Most POPs are lipophilic and their

uptake rates in organisms are higher than the rate of depuration. This results in an

accumulation in aquatic, terrestrial organisms and in humans. Further transfer-up in

the food chain can lead to elevated levels in top predators (biomagnification). Their

toxic properties can cause serious health damages such as the development of

certain types of cancer, metabolic dysfunctions, and endocrine disruption. Initially,

12 chlorinated compounds were classified as POPs and following the ratification of

the Stockholm Convention, parties took action in order to reduce the emissions of

the 12 POPs. The production and use of POPs was substantially decreased (such as

p,p’-DDT), and almost completely stopped for some compounds in most countries.

However, some groups of compounds largely used and produced during the last

decades meet the definition of POP. Examples of these new POPs are perfluorinated

compounds (PFCs), brominated flame retardants (BFRs), such as polybrominated

diphenyl ethers (PBDEs), and hexabromocyclododecane (HBCD). The restriction

and replacement of some of these compounds should be carefully evaluated. Also,

the possible alternative compounds that have to be taken into account include
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effectiveness, persistence, bioacculative effects, toxicological properties, economic

feasibility of their production, and human and environmental risk assessment.

On the other hand, during recent years, nanotechnology has emerged, presenting

a great variety of new materials, allowing new applications for all industrial sectors

including food industry. Nevertheless, while nanotechnology is successfully

introduced in the industry, their possible risk to the environment and human health

is not well understood and assessed. In addition, food industry has developed a

variety of applications based on engineered NPs and nanomaterials, such as high

loadings of vitamins and health benefits active in food, new methods for flavor

stabilization, as well as, natural food-coloring dispersions can be developed. But

NPs and NMs also appear as a new group of possible food contaminants, whereas

their detection and characterization in food is poorly developed, and the potential

risks of the application or associated contamination in food need to be understood.

In this section, emerging food contaminants with industrial origin, including

perfluorinated compounds, polybrominated compounds, new pesticides, and nano-

materials will be discussed.

2.1.1 Perfluorinated Compounds

PFCs comprise a large group of compounds characterized by a fully fluorinated

hydrophobic linear carbon chain attached to one or more hydrophilic head. PFCs

repel both water and oil, and are therefore ideal chemicals for surface treatments.

These compounds have been used for many industrial applications including stain

repellents (such as Teflon), textile, paints, waxes, polishes, electronics, adhesives,

and food packaging [1].

Usage and disposal of PFCs has led to the widespread distribution of these

chemicals in the environment. Furthermore, PFOS and PFOA, as well as other

perfluorocarboxylic acids (PFCAs) are stable degradation products and/or meta-

bolites of neutral PFCs like fluorotelomers alcohols (PFTOHs), perfluorinated

sulfonamides (PFASAs), and perfluorinated sulfonamide ethanols (PFASEs) [2].

PFCs are bioaccumulative attached to proteins and, these compounds have been

detected in different water matrices [3, 4], wildlife [5, 6], fish [6], and humans [7].

In addition, PFCs are biomagnified in the food chains [5, 8], leading to increased

levels in animal-derived foods. Main sources of human exposure to PFCs have been

identified through: drinking water, food, and dust inhalation. Bioaccumulation in

fish has been shown to be one of the main influences of PFCs in dietary exposure.

Food preparation is another relevant source of food contamination [9], but prelimi-

nary data on the influence of domestic cookware on levels of PFCs in the prepara-

tion of food indicated no elevated levels for a limited number of experiments [10].

Packaging may also introduce PFCs used in greaseproof packaging for fast foods

and special packaging. In these situations, PFCs enter into food via migration from

the food package [9].
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2.1.2 Polybrominated Flame Retardants

Polybrominated biphenyl (PBBs) and polybrominated diphenyl ethers (PBDEs) are

classes of additive congeners that were used in a wide range of products, including

paints, plastics, textiles, and electronics to reduce their flammability. Electrical and

electronic equipment waste (WEEE) is generated on the order of millions of tons

annually, bringing significant risk to human health and the environment [11]. The

problem connected with the use of brominated flame retardants PBB and PBDE in

polymers is the recycling of wastes containing these chemicals, resistance to

biodegradation, and the potential for long-range transport and bioaccumulation in

the lipid compartments of biota. During the last decade the production and usage of

PBBs were discontinued because of their harmful effects, mainly in disturbing

steroid hormone secretion. Due to their persistence and long-range transport, both

PBBs and PBDES have been detected in many places and populations on Earth

[12]. Photochemical transformation studies conducted by the same authors proved

that PBBs have a great ability to debrominate higher brominated isomers, leading to

identified and unidentified structures of lower brominated PBBs which are believed

to be environmentally relevant since they can be formed by natural sunlight and

reach the marine food chain [13]. The most probable route for exposure of the

general human population to PBBs and PBDEs is through diet, but very little is

known about PBB and PBDEs concentrations in fish, which are at the basic level of

the food chain. Comparing both groups of brominated compounds, PBBs showed

an even higher biomagnification potential than PBDEs, although PBB concentra-

tions were in general lower than those of PBDEs [14, 15]. In a recent study, the

contamination level of PBBs in fish from the North and Baltic Sea, freshwater

fish from Poland, and cod liver oils from two different Polish manufacturers

were assessed. PBB concentrations were also measured in foodstuff samples from

Poland, like pork fat, beef meat, and butter. The main conclusion of this study was

that almost all fish classes and fish products were contaminated [16].

2.1.3 Pesticides

The largest groups of food pollutants are pesticides. Pesticide testing in foodstuffs is

a challenging application involving the simultaneous trace analysis of a wide range

of agrochemicals possessing a wide range of physicochemical properties, effects,

and toxicities. Considering the number or registered compounds (currently more

than 1,000), the continuous introduction of new compounds in the market, and the

possible presence of trace amounts of these compounds and their degradation

products in food, pesticide monitoring is one of the highest interest fields in food

safety. For this reason, numerous regulations such as the European Union directives

have set maximum residue limits (MRLs) for pesticides in food [17].

During the last decades a vast literature has reported new methods for analysis,

as well as, the levels encountered in foodstuffs. In parallel, many reviews [18–23]
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have been devoted to revise analytical methods, effects, and levels of concentration

of pesticides in food. Due to the high importance of pesticide residue analysis, such

discussion is included here, although this review will just present the last tendencies

for pesticides control in food.

2.1.4 Nanomaterials

Finally, the last group to be considered is nanomaterials. Nanoscience is an

emerging area of science that has the potential to generate radical new products

and processes. Concepts in nanoscience provide a sound framework for developing

an understanding of the interactions and assembly behavior of food components

into microstructure, which influence food structure, rheology, and functional

properties at the macroscopic scale. Advances in processes for producing

nanostructured materials coupled with appropriate formulation strategies have

made possible the production and stabilization of nanoparticles that have potential

applications in the food and related industries. During the last few years with the

emerging use of nanotechnological materials in many industrial areas, nano-

particles appeared as emerging groups of possible food contaminants, first because

of their inclusion in the food chain [24, 25] and second as residues from the new

technologies in the food industry [26]. One of the main applications of new

nanomaterials in food industry is in food packaging, and the main problems are

related to the absence of identification and migration control method resources for

nanoparticles in food and also to the emergency of risk evaluation from potentially

toxic nanoparticles presented in food [27].

2.2 Pharmaceutical Residues: Antibiotics and Coccidiostats

Some groups of pharmaceutical residues are of special concern in food safety to

consumers, producers, and regulatory agencies. This is the case for antibiotics,

which can instigate consequences in human health by producing allergies or

reducing their effectiveness against infections, due to extensive or inappropriate

use. The antibacterial resistance caused by this extensive use of pharmaceuticals is

a potential problem for human medicine since antibiotic-resistant bacteria can pass

through the food chain to people. In veterinary practice, antibiotics are utilized at

therapeutic levels primarily to treat diseases and to prevent infections. They are also

used at subtherapeutic levels to increase feed efficiency and to promote growth in

food-producing animals. The frequent and sometimes illegal use of antibiotics may

result in residues being found at different concentration levels in products of animal

origin such as milk and meat.

Another important source of antibiotics in human diet is through the ingestion of

farmed fish. Farmed fish and shrimp are produced in crowded facilities with inade-

quate or nonexistent regulation of antibiotic use. The detection of chloramphenicol
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(vital for treating typhoid fever) residues in shrimp has activated public awareness

worldwide.

Unfortunately, drug resistance in food-borne pathogens is a fact which cannot be

avoided since antibiotics are being used in food animals [28]. This resistance covers

both intrinsic (natural), such as vancomycin resistance, a glycopeptide antibiotic, in

E. gallinarum, and transferable (acquired) resistance, like the ampicillin, tetra-

cyclines, macrolides, aminoglycosides chloramphenicol, quinolones resistance in

E. faecium [29]. Emergent multiresistant strains of Salmonella spp. have been

associated with an increasing number of human infections in many countries like

Spain, UK, Denmark, and Greece since the mid-1990s [30].

2.3 Biotoxins: Emerging Groups of Marine Biotoxins

Marine biotoxins are produced by naturally occurring marine phytoplankton.

Marine algal toxins are responsible for more than 60,000 intoxication/year with

an overall mortality of about 1.5%. These substances can accumulate in aquatic

animals intended for human consumption like filter-feeding mollusks. The toxins

are thermoresistant compounds; therefore, normal cooking, freezing, or smoking

cannot destroy them.

Most common groups of marine biotoxins are Diarrheic shellfish poisoning

(DSP), Paralytic shellfish poisoning (PSP), Amnesic shellfish poisoning (ASP),

Neurologic shellfish poisoning (NSP), Azaspiracid shellfish poisoning (AZP),

Ciguatera fish poisoning (CFP), Palytoxins, and Spirolides.

Different studies have reported the relations between pollution, climate change,

and toxic algal blooms. Certain microalgae in seas and oceans, including

dinoflagellates and diatoms, can form extensive monocultures. The conditions

favoring this growth include water temperature, sunlight, competing micro-

organisms, nutrients (eutrophication), wind, and directions of currents. A perceived

Increase of harmful algal blooms has been globally registered with important

ecological and economic consequences due to their effects on coastal marine

resources. In the last decades, various marine dinoflagellates usually living in

tropical and subtropical areas, such as benthic dinoflagellates producing palytoxin

have been detected in European marine waters [31].

Under recent research EU FP Programs, a great effort has been carried out in

order to develop reliable methods for detection of some of these targets in shellfish

and water. Some of these methods have been validated in formal collaborative

studies, and therefore reference materials are available. The most studied groups are

ASP, DSP, and PSP. However, some groups of marine biotoxins are emerging

groups that are yet nonregulated. There is a lack of standards and fully validated

reliable methods of detection. Those are CFP (causing a range of gastrointestinal,

cardiovascular, and neurological symptoms that occur within 1–6 h of ingesting

contaminated fish with the toxin and can last for days, months, or years), Palytoxin

(typical symptoms of palytoxin poisoning are angina-like chest pains, breathing
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difficulties, tachycardia, unstable blood pressure, and hemolysis. The onset of

symptoms is rapid, and death usually follows just minutes after) and Spirolides

(which is a large group with a wide range of toxic effects). This review presents the

most recent advances in detection of these toxins for food safety.

3 Analytical Approaches

3.1 Industrial Origin Compounds

3.1.1 Perfluorinated Compounds

During recent years, a great effort of development has been carried out to detect

PFCs in environmental samples and biota and different reviews have been

published [32, 33]. However, a limited number of works have reported the

concentrations levels of PFCs in food.

One of the major problems encountered in PFCs analysis is the cross contami-

nation during the analytical process [34]. The major source of contamination of

PFCs in laboratories is the contact with laboratory materials made of, or containing,

fluoropolymers such as polytetrafluoroethylene or perfluoroalkoxy compounds

[34]. On the other hand, different causes of losses have been identified associated

with the adsorption of sample containers, such as glass [35] or polymeric containers

such as polypropylene (PP) and high-density ethylene (HDPE) container surfaces.

Biodegradation and biotransformations should be also prevented. Good results were

obtained when conservations were conducted in the freezer or using combinations

of solvents like acetonitrile, and freezing [36] among others.

Due to their inertia and lack of immunogenicity, PFCs are analyzed by instru-

mental analytical techniques. Such existing methods have been included in this

chapter due to the emerging relevancy of PFCs in food safety (Table 1).

For the extraction of food, procedures based on ion-paired extraction have been

widely used. This method uses tetrabutylammonium (TBA) hydroxide solution as

ion-pairing agent at pH 10 and ethyl acetate as the extractant and has been widely

applied for the extraction of food [72, 83]. However, this method has shown to have

some disadvantages such as (1) co-extraction of lipids and other matrix constituents

and (2) the wide variety of recoveries observed, which are related to matrix effects

mentioned above. Liquid solid extraction (LSE) has been also applied to the

analysis of biota and food samples [10]. In this case, target compounds are extracted

from food by soaking the sample in methanol and shaking for 30 min. After clean-

up using active carbon, the extract is ready for analysis. The method does not suffer

from matrix effects, and recoveries were in the 80–110% range.

SFE relies on the use of a gas compressed at a pressure and temperature above

the critical point (Pc). It consists of a dense gas state in which the fluid combines

hybrid properties of liquid and gas. When this technique was launched in 1978, it

8 M. Farré and D. Barceló
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1
m
o
n
o
B
D
E
,
2
d
iB
D
E
s,

2
tr
iB
D
E
s,
5
te
tr
aB

D
E
s,

3
h
ex
aB

D
E
s,
1
h
ep
ta
B
D
E

an
d
th
e
d
ec
aB

D
E

F
is
h
,
cr
ab
,

m
u
ss
el

an
d

o
y
st
er

P
L
E
(a
ce
to
n
e:

d
ic
h
lo
ro
m
et
h
an
e
1
:3
),

p
u
ri
fi
ca
ti
o
n
b
y
G
P
C
an
d

fi
lt
ra
ti
o
n
th
ro
u
g
h
g
la
ss

fi
b
er

fi
lt
er
s.

G
as

C
h
ro
m
at
o
g
ra
p
h
y

(H
P
-5
M
S
,
A
g
il
en
t)

Q
-M

S
–

[4
4
]

B
D
E
#
2
8
,
#
4
7
,
#
9
9
,
#
1
0
0
&

#
1
5
3

F
is
h
fi
le
ts

F
is
h
fi
le
t:
A
S
E
(h
ex
an
e:

d
ic
h
lo
ro
m
et
h
an
e
1
:1
),

ac
id
ic

w
as
h
an
d

re
co
n
st
it
u
d
io
n
w
it
h
5
0
%

M
eO

H

–
E
L
IS
A

0
.0
1
7
(B
D
E
#
4
7
)
to

3
7
0
(B
D
E
#
2
0
9
)

[4
5
]

M
o
n
o
-
to

d
ec
a-
B
D
E
s,

O
H
-P
B
D
E
s,
M
eO

-P
B
D
E
s

F
is
h
ti
ss
u
e

P
L
E
(h
ex
an
e:

d
ic
h
lo
ro
m
et
h
an
e,
1
:1
,
v
/

v
),
G
P
C
an
d
fl
o
ri
si
l
cl
ea
n
-

u
p
(m

o
n
o
-d
ec
a-
P
B
D
E
s)
,

D
er
iv
at
iz
at
io
n
b
y

ac
et
y
la
ti
o
n
(O

H
-,

M
eO

-P
B
D
E
s)

G
as

C
h
ro
m
at
o
g
ra
p
h
y

(J
&
W

D
B
5
)

M
ag
n
et
ic

se
ct
o
r

D
ry

w
t
b
as
is
:

1
1
3
p
g
/g
lw

(m
o
n
o
B
D
E
s)
,

3
.4
–
3
9
p
g
/g
lw

(d
i-
d
ec
aB

D
E
s)
,

W
et

w
t
b
as
is
:

3
.6
–
4
1
.4

p
g
/g
lw

[4
6
]

T
et
ra
cy
cl
in
es
:
O
T
C
,T

C
,C

T
C

H
o
n
ey

E
x
tr
ac
ti
o
n
w
it
h
b
u
ff
er

p
H
4

(c
it
ri
c
ac
id

in
so
d
iu
m

p
h
o
sp
h
at
e
d
ib
as
ic

h
ep
th
y
d
ra
te
),
S
P
E
:
C
8
,

et
h
y
l
ac
et
at
e:
m
et
h
an
o
l

(7
5
:2
5
,
v
/v
)
el
u
ti
o
n

H
P
L
C
(Z
o
rb
ax

E
cl
ip
se

X
D
B
-

C
8
),
so
d
iu
m

ac
et
at
e
an
d

ca
lc
iu
m

ch
lo
ri
d
e
p
H
6
.9

F
lu
o
re
sc
en
ce

8
mg

/k
g

[4
7
]

P
en
ic
il
li
n
s:
A
M
P
,
P
en
-G

,

O
X
A
,
C
L
O

B
o
v
in
e
m
il
k

M
M
-C
P
E
b
as
ed

o
n
m
ix
ed

m
ic
el
la
r
ex
tr
ac
ta
n
ts
o
f

T
ri
to
n
X
-1
1
4
an
d
C
T
A
B

H
P
L
C
(V

y
d
ac

C
1
8
),

P
h
o
sp
h
at
e
b
u
ff
er

p
H
6
.6
:

M
eO

H
(5
5
:4
5
,
v
/v
)

P
h
o
to
d
io
d
e

ar
ra
y

2
–
3
n
g
/m

l
[4
8
]

F
lu
o
ro
q
u
in
o
lo
n
es
:
C
IP
,
D
A
N
,

E
N
R
,
S
A
R

M
il
k
,
P
ig

k
id
n
ey

S
el
ec
ti
v
e
S
P
E
(S
u
p
el
M
IP
,3
%

N
H
4
O
H
in

M
eO

H
:w
at
er
,

1
:1
,
v
/v
)

C
E
(3
6
%

m
et
h
an
o
l
in

1
2
5
m
M

P
h
o
sp
h
o
ri
c

ac
id

p
H

2
.8
)

L
IF

0
.1
7
–
0
.9
8
mg

/k
g

(m
il
k
)

1
.1
–
1
0
.5

mg
/k
g

(k
id
n
ey
)

[4
9
]

O
T
C

F
is
h

M
et
h
an
o
l:
w
at
er

(7
:3
,
v
/v
),

0
.1

M
E
D
T
A

In
d
ir
ec
t
co
m
p
et
it
iv
e

E
L
IS
A

P
h
o
to
m
et
ry
,

ti
m
e

re
so
lv
ed

fl
u
o
ro
m
et
ry

1
6
mg

/k
g

(p
h
o
to
m
et
ry
),

8
mg

/k
g

(fl
u
o
ro
m
et
ry
)

[5
0
]

(c
o
n
ti
n
u
ed
)

Emerging Organic Contaminants and Nanomaterials in Food 11



T
a
b
le

1
(c
o
n
ti
n
u
ed
)

A
n
al
y
te
s

A
n
al
y
te
s

A
n
al
y
te
s

A
n
al
y
te
s

A
n
al
y
te
s

A
n
al
y
te
s

A
n
al
y
te
s

1
0
0
v
et
er
in
ar
y
d
ru
g
s

(m
ac
ro
li
d
es
,
p
en
ic
il
li
n
s,

q
u
in
o
lo
n
es
,
su
lf
o
n
am

id
es
,

te
tr
ac
y
cl
in
es
,
io
n
o
p
h
o
re
s,

co
cc
id
io
st
at
,

am
p
h
en
ic
o
ls
)

M
ea
t,
fi
sh
,
eg
g

D
ep
ro
te
in
iz
at
io
n
w
it
h

ac
et
o
n
it
ri
le
:M

il
li
-Q

w
at
er

(6
:4
,
v
/v
),
S
P
E
(S
tr
at
aX

),

eg
g
:
M
eO

H
:e
th
y
l
ac
et
at
e

(1
:1
,
v
/v
),
m
ea
t
an
d
fi
sh
:

m
et
h
an
o
l:
ac
et
o
n
it
ri
le

(1
:1
,
v
/v
)

U
P
L
C
(B
E
H
C
1
8
),
0
.1
%

fo
rm

ic
ac
id

in

ac
et
o
n
it
ri
le
:
0
.1
%

fo
rm

ic

ac
id

(9
:1
,
v
/v
)

m
ic
ro
T
O
F
-

E
S
I-
M
S

D
et
ec
ti
o
n
ca
p
ab
il
it
y

(C
C
b)
:

1
.9
–
2
,1
1
9
mg

/k
g

[5
1
]

M
ac
ro
li
d
es
:
E
R
T
M
C
,
JS
M
C
,

R
X
T
M
C
,
S
R
M
C
,
T
M
C
S
,

T
L
D
M
C
,
T
L
S

M
ea
t,
fi
sh

P
L
E
(M

eO
H
,
8
0

� C
)

H
P
L
C
(K

ro
m
as
il
C
1
8
),
1
%

ac
et
ic

ac
id

in
M
il
li
-Q

w
at
er
:a
ce
to
n
it
ri
le

E
S
I-
M
S

1
8
–
5
1
mg

/k
g

[5
2
]

Q
u
in
o
lo
n
es
:
O
X
O
,
F
L
U

F
is
h
,
sh
el
lfi
sh

M
ic
ro
ex
tr
ac
ti
o
n
w
it
h

d
ec
an
o
ic

ac
id
,

te
tr
ah
y
d
ro
fu
ra
n
,
w
at
er

H
P
L
C
(K

ro
m
as
il
C
1
8
),

0
.0
1
M

o
x
al
ic

ac
id
:

ac
et
o
n
it
ri
le
-w

at
er

(7
5
:2
5
,

v
/v
)

F
lu
o
re
sc
en
ce

Q
u
an
ti
ta
ti
o
n
li
m
it
s:

6
.5
–
2
2
mg

/k
g

(O
X
O
),

5
0
–
6
0
0
mg

/k
g

(F
L
U
)

[5
3
]

N
it
ro
im

id
az
o
le
s:
M
E
T
,

M
ac
ro
li
d
es
:
S
P
Y

F
is
h
m
u
sc
le

D
ep
ro
te
in
iz
at
io
n
b
y
0
.2
%

o
rt
h
o
p
h
o
sp
h
o
ri
c
ac
id
-

m
et
h
an
o
l
(6
:4
,
v
/v
),
S
P
E

(C
1
8
S
ep
-P
ak
)
m
et
h
an
o
l

el
u
ti
o
n

H
P
L
C
(C
1
8
),
p
h
o
sp
h
at
e

b
u
ff
er

p
H
2
.4
:a
ce
to
n
it
ri
le

U
V

2
–
5
mg

/k
g
(M

E
T
),

5
–
2
5
mg

/k
g
(S
P
Y
)

[5
4
]

F
lo
rf
en
ic
o
l

L
iv
er
,
m
ea
t

O
n
li
n
e
M
IP
:
el
u
ti
o
n
w
it
h

M
eO

H
:H
A
c:
S
D
S

(8
8
:1
0
:2
)

–
F
lu
o
re
sc
en
ce

<
2
.5

mg
/k
g

[5
5
]

A
m
p
h
en
ic
o
ls
:
C
A
P
,
F
F
,
T
A
P

S
h
ri
m
p

S
F
E
(e
th
y
l
ac
et
at
e
fo
r

su
p
er
cr
it
ic
al

C
O
2
),
in

si
tu

d
er
iv
at
iz
at
io
n
(B
S
T
F
A

w
it
h
1
%

T
M
C
S
in

et
h
y
l

ac
et
at
e)

N
C
I-
G
C
(T
R
-5
M
S
)

M
S

0
.0
0
9
–
0
.0
1
7
mg

/k
g

[5
6
]

Io
n
o
p
h
o
re
s:
L
A
S
,
M
A
D
,

M
O
N
,
N
A
R
,
S
A
L
,
S
M
D

C
h
em

ic
al

C
o
cc
id
io
st
at
s:

C
L
,
D
E
C
,
D
C
L
,
H
L
F
,

D
N
C
,
R
O
B

C
h
ic
k
en

li
v
er

A
C
N
ex
tr
ac
ti
o
n
,
S
ep
P
ak

A
lu
m
in
a
N
,
S
P
E
:
O
as
is

H
L
B
(M

eO
H
)

H
P
L
C
(L
u
n
a
P
h
en
y
l
H
ex
y
l)
,

A
C
N
(A

),
M
eO

H
(B
)
an
d

0
.0
1
M

am
m
o
n
iu
m

fo
rm

at
e
b
u
ff
er

p
H
4
.0

(C
)

M
S
/M

S
<
1
mg

/k
g
,1
0
.9
mg

/k
g

(L
A
S
)

[5
7
]
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was regarded with great expectations; nevertheless, SFE did not ever get the

practical acceptance that was anticipated due to known limitations in the extraction

of polar compounds. Addition of an organic modifier or selecting a different

supercritical fluid is possible but some ideal properties of CO2 are lost. The

appearance of PLE claiming the advantages of both SFE and liquid solid extraction

with high extraction efficiency diverted the attention from SFE. PLE have to be

considered the technique of choice for the analysis of emerging compounds in both

environmental and food samples, because compared to the other extraction

techniques, PLE provides good recoveries and saves time and organic solvents.

Different examples of application can be found in Table 1. Example Llorca et al.

[84], reported the extraction of 18 perfluorinated compounds in sewage sludge by

means of PLE extraction with methanol at 70�C and 100 bar of pressure, followed

by SPE clean-up and LC separation and analysis in a hybrid quadrupole-linear ion

trap (QqLIT) tandem MS. In this work, selected PFCs were detected with method

limits of quantification (MLOQ) in the ng/kg range [84].

Several studies have been carried out using KOH digestion followed by solid

phase extraction (SPE). The method was initially reported by Yamashita et al. [85]

and was later applied in different studies [70]. For liquid samples analysis, protocols

based on filtration followed by SPE have been also widely applied. Due to the

different polarities of PFCs, different extraction SPE cartridges have been explored.

Broadly, good recoveries were reported using Oasis WAX-SPE cartridges for short-

chain (C4–C6) compounds. For longer chain PFCs, less polar phases (C18 and Oasis

HLB) may be applied. When an ion-pairing agent is used that decreases the polarity

of the ion pair complex, a nonpolar solvent (e.g., MTBE) may be used. Nonionic

PFCs may be extracted from the matrix by nonpolar media (C18 SPE or hexane).

Moderate polar media (Oasis HLB and Oasis WAX SPE, a hexane–acetone mixture

or acetonitrile) have also been applied for extraction of nonionic PFCs.

During recent years purification techniques working online with chromatographic

systems have been applied to the analysis on different groups of food contaminants.

However, in the case of PFCs a number of works have been developed. Gosetti et al.

[86] developed a rapid online SPE ultra high performance liquid chromatography

tandem mass spectrometry (UPLC-MS/MS) method for the identification and quan-

titation of 9 PFCs in environmental, biological, and food samples. Limits of detection

(LOD) and limits of quantification (LOQ) range from 3 to 15 ng/L and from 10 to

50 ng/L, respectively. Recoveries were greater than 82.9%. Another promising

approach for online clean up is the turbulent flow chromatography (TFC), which

shows great potential for the rapid, direct analysis of PFCs in complex samples such

as food. TFC is achieved by the use of high flow rates and extraction columns using

large particle size stationary phases. When coupled with mass spectrometric detec-

tion, this technique allows the direct analysis of complex samples with very rapid

chromatography and, therefore, extremely high throughout. Currently, this approach

has been successfully applied for the analysis of biota.

For quantitative aspects, LC is the separation technique of choice during

recent years. LC separation of PFCs has been mainly carried out with C18 and C8

columns. Taniyasu et al. explored the chromatographic properties and separation of
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short-chain PFAs on RP-C18 and ion exchange columns [87]. The results suggested

that RP columns are not suitable for the analysis of short-chain PFAs, as ion-

exchange columns, a suitable alternative, have superior retention properties for

more hydrophilic substances.

Due to the complexity of the food samples, it is possible that the presence of

some compounds in the matrix interferes with analyte determination; even when

working in LC–MS/MS, certain compounds present in the sample can affect the

initial ionization of the analyte through what is often called ion suppression/

enhancement or matrix effects.

ESI operating in the negative ion (NI) mode has been the interface most widely

used for the analysis of anionic PFCs. In addition, ESI has also been optimized for

the determination of neutral compounds, such as the sulphonamides PFOSA, Et-

PFOSA, and t-Bu-PFOS. The use of atmospheric pressure photoionization (APPI)

has been explored by Takino and collaborators [88]. The authors found the main

advantage of this technology to be the absence of matrix effects, but the limits of

detection were considerably higher than those obtained by LC–ESI-MS/MS.

LC-MS/MS performed using triple quadrupole mass spectrometer (QqQ) com-

bined with multiple reaction monitoring (MRM) is one of the more widely applied

detector, as well as, to be one of the better suited for quantification of PFCs.

Nowadays the performance of ion trap (IT) and time of flight (TOF) have been

also considered for trace quantification of PFCs. PFCs contain carboxylic, sulfonic,

hydroxy, or sulphonamide group. They have acidic properties and can therefore

dissociate. Therefore, electrospray ionization in the negative mode (ESI(�)) is best

suited. LC-(ESI)-MS/MS is the technique of choice for the analysis of PFCs in food

samples, and allows limits of detection in the pg–ng/g in food and feed samples.

Pseudomolecular ions are formed such as [M–K]� for PFOS (m/z 499), [M–H]� for

PFOA (m/z 413), and PFOSA (m/z 498, which are generally selected as precursor

ions for MS2 experiments using ion trap and triple quadrupole instruments. Berger

et al. presented a comparison between IT, QqQ, and TOF instruments [89]. Tandem

mass spectrometry showed excellent specificity, but the matrix background is

eliminated by the instrument; thus, it cannot be visualized. Applying TOF-MS

gives an estimation of the amount of matrix left in the extract, which could impair

the ionization performance and the high mass resolution of the TOF-MS instrument

offers excellent specificity for PFCs identification after a crude sample injection.

3.1.2 Polybrominated Flame Retardants

For PBDEs and PBBs, sample treatment procedures have typically been based on

protocols previously established for trace classic POPs.

3.1.3 Biological Approaches

A limited number of biological analytical approaches have been published for the

determination of polybrominated flame retardants and most of them are based on
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immunochemical techniques. A sensitive magnetic particle enzyme-linked immu-

noassay was developed to analyze PBDEs in food and environmental samples [45].

Using this assay, fifty samples could be analyzed in about 1 h after sample

cleanup, with a LOD below 0.1 ppb, approximately the same as instrumental

analysis, toward the following brominated diphenyl ether (BDE) congeners:

BDE-47, BDE-99, BDE-28, BDE-100, and BDE-153. The congeners most readily

recognized in the enzyme-linked immunosorbent assay (ELISA) were BDE-47 and

BDE-99 with cross-reactivity of BDE-28, BDE-100, and BDE-153 being less than

15% relative to BDE-47. The clean up methods prior to ELISA were matrix

dependent. no pretreatment was needed for environmental water samples, while

fish, milk, and soil samples required various degrees of clean up. Recently, the

suitability of such methods has been assessed for the analysis of fish and crabs and

comparison with GC/ECD-ITMS results demonstrated that ELISA provides a

timely and cost-effective screening method [90].

An ELISA to monitor polybrominated diphenyl ether BDE-47. 2,20,4,40-
Tetrabromodiphenyl ether (BDE-47), a dominant PBDE congener of toxicological

concern, was developed by Ahn et al. [91]. The optimized competitive indirect

ELISA conditions showed a linear detection range of 0.35–8.50 mg/L with an IC50

value of 1.75 mg/L. Little or no cross-reactivity (<6%) was observed toward related

PBDE congeners containing the BDE-47 moiety and other halogenated

compounds. The use of a magnetic particle-based competitive direct ELISA

increased the sensitivity by tenfold over the indirect ELISA.

On the other hand, limited advances have been made with regard to the devel-

opment of biosensors toward the detection of this group of compounds. Marchesini

et al. [92], reported on an SPR biosensor based on the thyroxine (T4) transport

disrupting activity to screen chemicals (including PBDEs) that may interfere with

the thyroid system [92].

Kim et al. [93], presented a new application of the noncompetitive phage anti-

immunocomplex assay (PHAIA) by converting an existing competitive assay to a

versatile noncompetitive sandwich-type format using immunocomplex binding

phage-borne peptides to detect the brominated flame retardant, brominated

diphenyl ether 47 (BDE 47). The resulting PHAIAs showed variable sensitivities,

and the most sensitive peptide had a dose–response curve with an SC50 (concen-

tration of analyte producing 50% saturation of the signal) of 0.7 ng/ml BDE 47 and

a linear range of 0.3–2 ng/ml, which was nearly identical to the best heterologous

competitive format (IC50 of 1.8 ng/ml, linear range of 0.4–8.5/ml). However, the

PHAIA was 1,400-fold better than homologous competitive assay.

Recently, a novel immunoassay has been developed for the quantitative determi-

nation of polybrominated biphenyls using indirect competitive format. The new

method was optimized concerning the coating conjugate and antibody concentration,

incubation time and temperature, the tolerance to organic solvents and so on. Under

optimized conditions, PBB15 can be determined in the concentration range of

0.01–100 mg/L with a detection limit of 0.02 mg/L. The cross-reactivities of the

assays were below 8%. While water samples could be analyzed directly [94].
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3.1.4 Instrumental Methods

Most existing methods are based on instrumental analysis involving exhaustive

sample pretreatment and preconcentration steps, followed by purification and

fractionation before final chromatographic separation and detection. For fat and

oil samples, dissolving the lipids in an appropriate solvent is usually the first

treatment. This has been achieved by melting the fat at 90�C followed by LLE or

direct solid liquid extraction (SLE) with an apolar solvent [37], column extraction

with a mixture of apolar solvents after drying of the sample with anhydrous

Na2SO4, Soxhlet extraction and/or sonication with apolar solvents. Typically,

sample intake is between 0.5 g and 1 g and quantitative recoveries >60% have

been reported.

Column extraction using a multilayer column containing appropriate sorbents

for a preliminary purification has been used for biological tissues. Fernandes et al.

[38] reported a method using 400 mL of DCM:n-hexane (2:3, v/v) to elute PBDEs

from a multilayer column containing 10 g of food. Alternatively, matrix solid-phase

dispersion (MSPD) usually results in a more efficient retention of impurities and

lower solvent consumption. Martı́nez et al. [39] reported high recoveries

(81–106%) for six tetra- to hexa-BDEs using only 0.5 g naturally contaminated

fish tissue (WELL-WMF-01) dispersed on 1.5 g Florisil® and packed on top of

acidified silica. Enhanced extraction techniques, such as PLE or Microwave-

assisted extraction (MAE) have also been used. Eljarrat et al. [95] developed a

selective PLE for the simultaneous analysis of PBDEs and total hexabromocyclo-

dodecane (HBCD) stereoisomers in fish tissue. For MAE, purification should be

carried out off-line after separation of the solvent from the matrix components, but

its high extraction efficiency allowed a significant reduction of the extraction time

[41] compared to conventional extraction procedures.

The most applied analytical method for PBDEs is still GC–MS; however, recently

new analytical approaches such as ITD-MS for environmental samples [96] or

quadrupole ion-storage MS (QTrapMS) for semipermeable membrane devices

(SPMDs) samples [97] have been evaluated for the analysis of PBDEs. Gómara

et al. [42] have established a method for the determination of 10 PBDE congeners by

means of GC–ITD-MS operated in EI. Parameters affecting isolation and fragmenta-

tion of precursor ions in the ion-trap were optimized in order to achieve the best

robustness and sensitivity for all PBDE congeners investigated. The fragment ions

monitored correspond to loss of two Br atoms from the molecular ion. Using GC-

QTrapMS for the analysis of 20 PBDEs, differences in isolation and fragmentation

patterns for PBDEs congeners with degree of bromination were observed [98].

Recently, different food analysis applications have been reported, for example, for

the assessment of PBDEs in Tibetan butter [43], or in fish and crabs [44]. Compre-

hensive two-dimensional gas chromatography (GC � GC), a technique that offers

excellent separation power [20] has been evaluated also for the analysis of PBDEs.

Recently, Lacorte et al. applied comprehensive gas chromatography coupled to high

resolution mass spectrometry-based method for the determination of PBDEs and

their hydroxylated and methoxylated metabolites in sediment, fish tissue, and milk
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samples [46]. LC techniques in the analysis of PBDEs have been also investigated

[99]. The use of atmospheric pressure photoionization (APPI) may facilitate the

analysis of PBDEs and phenolic compounds, such as TBBP-A, in the same run.

Negative APPI gave better sensitivity than positive APPI, but due to the low

resolving power of LC compared to GC, this technique has not been further

optimized for PBDE analysis.

3.1.5 Pesticides

Most of the analytical methods for the analysis of pesticides in food are based on

instrumental approaches based on chromatography coupled to mass spectrometry.

However, a great effort of development has been paid to develop rapid screening

methods based on biological methods, such as, enzyme linked immunosorbent

assays (ELISA).

3.1.6 Biological Methods

A huge number of immunoassays for pesticides detection in water and food have

been presented during the last decades, and different review articles have been

revised it [100–109].

Among recent developments, a fluorescent polarization immunoassay (FPIA) for

simultaneous determination of organophosphorus pesticides (OPs) using a broad-

specificity monoclonal antibody was developed and has been presented by Xu et al.

The effects of tracer structure, tracer concentration, antibody dilution, methanol

content, and matrix effect on FPIA performance were studied. The FPIA can detect

five OPs simultaneously with a limit of detection below 10 ng ml�1. The time

required for the equilibrium of antibody–antigen interaction was less than 10 min.

The recovery from spiked vegetable and environmental samples ranged from 71.3%

to 126.8%, with the coefficient of variations ranging from 3.5% to 14.5%.

The developed FPIA was applied to samples, followed by confirmation with high-

performance liquid chromatography-tandem mass spectrometry (HPLC-MS/MS)

analysis. The developed FPIA demonstrated good accuracy and reproducibility, and

is suitable for rapid and high-throughput screening for OP contamination with high

efficiency and low cost [110]. In another example, an ELISA for the determination

of Glyphosate in food was developed by Selvi et al. In this method, avian antibodies

(IgY) were used to recognize glyphosate. The assay was specific to glyphosate with

a limit of detection of 2 ppb. Mean analytical recovery of glyphosate in different

food samples was 9.00–134.00% [111].

More advanced biological technologies for rapid detection of pesticides are

biosensors. In this field, recent advances in miniaturization of analytical systems

and newly emerging technologies offer platforms with greater automation and

multiplexing capabilities than traditional biological binding assays. Multiplexed

bioanalytical techniques provide control agencies and food industries with new
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possibilities for improved, more efficient monitoring of food contaminants. In this

sense, should be pointed out planar-array and suspension-array technologies for

their application in pesticides detection. However, most applications are low

implemented and are validated for the analysis of water samples.

3.1.7 Instrumental Analysis

Recent trends in pesticide analysis in food aims for reduced sample pretreatments or

simplified methodologies (as QuEChERS approaches), the use of online purifica-

tion processes, the use of new adsorbents (such as molecular imprinted polymers

(MIPs) and nanomaterials) for the extraction and clean-up processes, and focused

on the development of large multiresidue methods, most of them based on LC-MS/

MS. In spite of the relevant role of LC-MS/MS, GC-MS-based methods still play an

important role in pesticide analysis in food. Despite the development achieved in

the immunochemical approaches, the need for multi-residue methods has supported

the development and use of instrumental techniques.

So far, LSE is the most popular for extracting contaminants in food. However,

over the last years LPME in its different application modes (single drop

microextraction, dispersive liquid–liquid microextraction and hollow fiber-

LPME) has been increasingly applied to food analysis because of its simplicity,

effectiveness, rapidity, and low consumption of organic solvents. Different

applications have been recently reviewed by Asensio-Ramos et al. [112]

A great acceptance has been gained by the QuEChERS (quick, easy, cheap,

effective, rugged, and safe)-based method [113–133]. One of the most recently

reviews published by Pareja et al. in 2011 [126] about the determination of pesticide

residues in rice by LC-MS indicated that the QuEChERS is the most frequently

employed compared with other methodologies. Klein and Alder proposed a simple

method based on methanol extraction followed by SPE [134]. The method known

as QuEChERS utilizes acetonitrile for extraction and MgSO4:NaCl to induce

partitioning of acetonitrile extract from the water of the sample and dispersive

SPE to cleanup. The method has been validated for different food matrices includ-

ing eggs, milk, fruits, and meat [66, 135].

Carbon nanotubes could be also used in a format of disc. A comparison study

showed that the double-disk system (comprising two stacked disks with 60 mg of

CNTs) exhibited extraction capabilities that were comparable to those of a com-

mercial C18 disk with 500 mg sorbent for nonpolar or moderately polar compounds.

Moreover, the former system was more powerful than the latter for extracting polar

analytes. The triple-layered CNTs disk system showed good extraction efficiency

when the sample volume was up to 3,000 mL. Katsumata et al. [136] obtained very

high enrichment factor for preconcentration of atrazine and simazine (3,900 and

4,000, respectively, for 200 mL of sample solution when only 30 mg of MWCNTs

was used in the format of disk.
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Carbon-encapsulated magnetic nanoparticles (CEMNPs) are core–shell materials

with similar surface characteristics to carbon nanotubes and this similarity enables

to use them as solid sorbents. They are composed of the magnetic core (10–100 nm

in diameter), which is tightly coated by a carbon coating built from parallel stacked

graphitic layers [137]. Encapsulation approach primarily protects the nanoparticles

against the external environment, hampers aggregation, and also provides the

ability for surface functionalization. This process may improve also the dispersion

stability of core–shell nanomaterials in a wide range of suspending solvents.

An attractive property of CEMNPs is that magnetic nanoparticles can readily be

isolated from sample solution by the application of an external magnetic field.

Compared with nonmagnetic nanoparticles, the proposed sorbent material avoids

the time-consuming column passing and filtration operation and shows great ana-

lytical potential in preconcentration of large volumes of real water samples.

Similarly to SPE, for the SPME technique CNTs with high porosity and large

adsorption area seems to be a good candidate for SPME coating. In addition, the

more thermal and physical resistance of carbon nanotubes in comparison with

commercial SPME coatings, are the other important characteristics from the prac-

tical point of view. However, this technique has been just applied in environmental

analysis till now.

Successfully examples of applications have been reported for the analysis of

pesticides in food using PLE during the extraction step [138–147]. Research had

been conducted to optimize the effects of extraction temperature, number of

extraction cycles, and various extraction solvent mixture compositions on the

extraction effectiveness and recoveries of pesticides from food. Besides, cleanup

sorbent material(s) can also be imbedded in the extraction cells so that cleanup can

also be processed simultaneously with extraction. Although it has the advantages of

low solvent consumption and short extraction period, the initial cost is high, large

amount of unwanted matrix substances are co-extracted and some unstable

compounds, such as endrin yielded low recoveries.

Microwave-assisted extraction (MAE) is another recent technique that can also

be applied for extracting pesticides from food [142, 148, 149]. By applying

microwave energy to the extraction solvent, the highly localized temperature and

pressure cause heating of the matrix and migration of target analytes from the

sample material to the surrounding solvent rapidly.

For the extraction and clean-up clean of liquid samples, or for clean-up of extract

solid-phase extraction has been extensively applied [126, 150–152]. In order to

enhanced the selectivity, different immunosorbents have been proposed during last

decade [153, 154], as well as, using molecular-imprinted polymers (MIPs) [154,

155]. However, the last approach to enhance extraction rates and selectivity are

based on the use of new nanomaterials [156]. High extraction efficiency has been

reported using nanomaterials. Carbon nanomaterials exhibit a strong adsorption

ability for a wide variety of pesticides. Because of their advantageous

characteristics (high adsorption capacity, good thermal stability, wide pH range

of application), carbon nanostructures have been employed in SPE and SPME.

A considerable number of chromatographic and electrophoretic methods using SPE
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technique have been described. Mostly, SPE cartridges filled with CNTs were

applied for the preconcentration of pesticide and herbicide residues from environ-

mental waters. In several published papers, sorption on CNTs has been examined

for different pesticides [157–161].

Since the analytical point of view most of current analytical methods are based

on LC-MS/MS, but for some classes of pesticides GC-MS continues being the

technique of choice. The use of quadrupole ion trap (QIT) to analyze multiple

pesticide residues is limited to several multiclass pesticides in fruit [162], because

of the limited number of ions that can be isolated at the same time. For this reason,

the use of several time windows is required and this is indeed a strong limitation in

practice. The use of hybrid triple quadrupole linear ion trap (QqLIT) mass spec-

trometer has provided significant contribution to the development of high-sensitive

multiresidue analytical methods for pesticide control. An example of application is

the method reported by Hernando et al. for the analysis of pesticide residues in olive

oil [65].

LC-MS/MS and LC-time-of-flight-MS (LC-TOFMS) are powerful and comple-

mentary techniques that can independently cover the majority of the challenges

related with pesticide residues food control. The sequential combination of both

systems benefits from their complementary advantages and assists to increase the

performance and to simplify routine large-scale pesticide multiresidue methods.

Garcı́a-Reyes et al. developed an approach consisting of three stages: (1) automated

pesticide screening by LC-TOFMS, (2) identification by LC-TOFMS accurate mass

measurements, and (3) confirmation and quantitation by LC-MS/MS of 100 target

pesticides in crops [67]. In this work, the final confirmation of the positive findings

was carried out using two MRM transitions and accurate quantitation was

performed by LC-MS/MS using a hybrid triple QqLIT mass spectrometer.

Examples of applications to real samples showed the potential of the proposed

approach, including the detection of nonselected a priori compounds as a typical

case of retrospective evaluation of banned or misused substances. In addition, the

use of this QqLIT instrument also offers additional advantageous scanning modes

(enhanced product ion and MS3 modes) for confirmatory purposes in compounds

with poor fragmentation. On the other hand, the main advantages of LC-TOFMS

include the high sensitivity available in full-scan acquisitions and high resolution

(10 000–12 000) as compared to other MS analyzers, such as triple quadrupole mass

spectrometers. LC-TOFMS also reduces the chance of false positives, but it can be

less sensitive than QqQ-MS in quantification, when specific MRM transitions are

monitored.

Recent studies have focused more on degradation/transformation products of

pesticides (e.g., from hydrolysis, oxidation, biodegradation, or photolysis) because

those can be present at greater levels in food and the environment than the parent

pesticide itself, and sometimes are as toxic or more toxic than the parent pesticide.

New pesticides have also become available on the market (such as glyphosate and

organophosphorus pesticides), and studies are being conducted to understand their

fate and transport in the environment. Therefore, researchers are increasingly using

TOFMS and Q-TOFMS to enable the identification of new pesticide and their
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degradation products. For example, the occurrence of carbamates and their trans-

formation products in vegetables and fruits was assessed [227]. This is an important

issue because several of the transformation products are more toxic than the parent

pesticide. Soler et al. compared four mass analyzers for determining carbosulfan

and its metabolites by LC/MS [162]. Of the analyzers investigated, single

quadripole, QqQ, QIT, and Q-TOF, the triple quadrupole-MS provided the highest

sensitivity, with detection limits of 0.04–0.4 mg/kg compared to single quadrupole

(4–70 mg/kg), QIT (4–25 mg/kg), and Q-TOF (4–23 mg/kg). Other examples are the

confirmation of fenthion metabolites using QIT and QTOF [163], and from the

same research team the identification of degradation products from the postharvest

treatment of pears and apples by ultra-high pressure liquid chromatography (UPLC)

coupled to QTOF/MS [164].

Regarding new generation of pesticides the ability to separate enantiomers and

produce a single enantiomeric isomer has been exploited by pesticide manufacturer

industry recently, creating new markets for their products. The development of

enantiomerically enriched pesticides may actually benefit the environment, as less

material could potentially be applied to crops, less may be accumulated in the

environment, and there may be fewer unintended side effects on nontarget species.

However, more research is needed to confirm this possibility. Most research to-date

has investigated chiral profiles in surface waters, soil, vegetation, and fish. The most

commonly used analytical techniques to separate and measure chiral isomers

include the use of chiral columns with GC and LC (often including the use of

mass spectrometry). CE and CE/MS are also often used.

3.1.8 Nanomaterials

The growth of the application of nanotechnology products is expected in food

industry, and nowadays over 200 companies are conducting R&D into the use of

nanotechnology in either agriculture, engineering, processing, packaging or deliv-

ery of food, and nutritional supplements [25]. In some countries, nanomaterials are

already used in food industry for food packaging, with nanoclays as diffusion

barriers and nano-silver as antimicrobial agents [165]. However, the use of

nanomaterials in the food sector is a new source of exposure to these materials

through, for example, the migration of nanoparticles from food packaging into

food, in addition to other expected routes such as through environmental pollution

and then via drinking water, food chain, etc.

A range of analytical techniques is available for providing information on

concentration and properties, including microscopy approaches, chromatography,

centrifugation and filtration, spectroscopy, and related techniques.

The most popular tools for the visualization of engineered nanoparticles are

electron and scanning probe microscopes. The visualization, the state of aggrega-

tion, dispersion sorption, size, structure, and shape can be observed by means of

atomic force microscopy (AFM), scanning electron (SEM), and transmission elec-

tron microscopy (TEM). Analytical tools (mostly spectroscopic) can be coupled to
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electron microscopes for additional elemental composition analysis, generally

known as analytical electron microscopy (AEM). For example, energy dispersive

X-ray spectroscopy (EDS) can be combined with SEM and TEM permitting a clear

determination of the composition of elements heavier than oxygen. Quantitative

analysis, however, leads to approximately 20% uncertainty, and electron energy

loss spectroscopy (EELS) can be used combined with TEM for quantitative analysis

with uncertainties as low as 10% [166]. Main disadvantages are that these are

destructive techniques, charging effects caused by accumulation of static electric

fields at the specimen, and they have to be operated under vacuum conditions;

therefore, sample preparation is required for food or biological samples. Other

microscope techniques are scanning transmission electron microscope (STEM)

and X-ray microscopy (XRM). To image nanoparticles in their natural state without

modification can be achieved using environmental scanning electron microscope

(ESEM) and WetSEMTM capsule which can operate under wet conditions. Imag-

ing under fully liquid conditions is also possible using atomic force microscopy

(AFM) [167]. An oscillating cantilever is scanning over the specimen surface and

electrostatic forces (down to 10�12 N) are measured between the tip and the surface.

3D surface profiles are achieved but the main limitation of this technique is the

possible overestimation of the lateral dimension of nanoparticles if the geometry of

the tip is larger than the particles being probed.

Chromatographic approaches have been also used to separate nanoparticles

from samples coupled to different detectors, such as ICP-MS, MS, DLS. The

best known technique for size separation is size exclusion chromatography (SEC).

A size exclusion column is packed with porous beads, as the stationary phase,

which retain particles, depending on their size and shape. This method has been

applied to the size characterization of quantum dots, single-walled carbon

nanotubes, and polystyrene nanoparticles [168, 169]. Another approach is hydro-

dynamic chromatography (HDC), which separates particles based on their hydro-

dynamic radius. HDC has been connected to the most common UV–Vis detector

for the size characterization of nanoparticles, colloidal suspensions, and biomole-

cules [170–172].

A wide range of spectroscopic methods are available for nanoparticle analysis

and characterization. Scattering techniques useful for nanoparticle characterization

include light scattering methods, such as static (SLS) and dynamic light-scattering

(DLS), or neutron scattering, such as small-angle neutron scattering (SANS).

Laser-induced breakdown detection (LIBD) is a laser-based technique featuring

extremely low detection limits, which is capable of analyzing the size and concen-

tration of colloids, depending on the measured breakdown probability (BP). LIBD

is, therefore, a highly promising tool for nanoparticle characterization, although it

cannot distinguish between different types of particles and requires particle-specific

size calibration [173].

Mass spectrometry is also used for nanoparticles investigations. Two ionization

techniques often used with liquid and solid biological samples include electrospray

ionization (ESI) and matrix-assisted laser desorption/ionization (MALDI). Induc-

tively coupled plasma (ICP) sources are mainly used for metal analysis. In general,
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these techniques have been applied coupled to liquid chromatography. LC-MS, for

example, have been applied for the investigation of carbon-based nanoparticles in

aquatic and biological media [74, 174, 175].

However, the analysis of nanoparticles in food is in its initial phase of develop-

ment. In addition, when measuring nanoparticles in different media, apart from data

on concentrations, information on the size distribution and properties of the

particles is also required. Therefore, no single technique can provide all this

information, so a range of analytical techniques is required.

Many analytical tools are theoretically suitable for the characterization of

nanoparticles, but requirements for analysis of engineered nanoparticles in natural

and food-related samples will differ greatly from their analysis in pure media. At

the moment, analytical methods are required to reliably detect and characterize

nanoparticles in complex matrices, such as foodstuff.

3.2 Pharmaceutical Residues: Antibiotics and Coccidiostats

Antibiotics are utilized in veterinary practice, at therapeutic levels, primarily to

treat diseases and to prevent infections as well as in animal production, at subther-

apeutic levels, to increase feed efficiency, and to promote growth in food-producing

animals [176]. Residues have been found in products of animal origin, such as milk

and meat and this can instigate serious consequences in human health. Allergies to

sensitive individuals as well as reduced effectiveness against infections can be the

result of extensive or inappropriate use of antibiotics in food animals. The fact that

antibiotic-resistant bacteria can pass through the food chain to people is of special

concern in food safety and that is the reason why this group of compounds has been

included in this review, even though it does not fall under the category of emerging

contaminants in food.

A variety of biological approaches for the rapid detection of antibiotics in

food exist, including traditional microbial inhibition tests, immunoassays, and

biosensors (Table 1).

Microbial inhibition tests involve incubating a susceptible organism in the

presence of the sample. These tests are generally reliable and cost-effective but

require incubation for several hours before the result can be visualized. Different

types of microbial inhibition tests are commercially available and several of them

have been validated with Bacillus stearothermophilus disc diffusion assay (BsDA)

being an official standard test for regulatory use in reference laboratories [177]. The

Delvotest® (Gist-brocades BV, The Netherlands) is one of the oldest and most

known microbial inhibitor tests, with many different versions in the market, such

as, Delvotest® SP, capable of detecting more substances, like sulphonamides, and

more sensitivity to tylosin, erythromycin, neomycin, gentamicin, trimethoprim, and

other antimicrobials. Other similar tests exist, such as the Charm AIM-96 test,

Charm Farm Test-“Vial,” and the Charm Farm Test-“Mini Vial” manufactured by
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Charm Sciences Inc. (USA). The “Screening Test for Antibiotic Residues” (STAR)

five-plate test was evaluated for the screening of 66 antibiotics in milk [178].

Several immunoassays have been reported for the analysis of antibiotics in food

[179]. Among them, ELISA assays offer a good alternative option for analysis of

antimicrobials at screening level, due to their simple use, high sensitivity, and fast

response. However, final confirmatory analysis should be carried out for positive

samples in order to achieve specific identification and quantification of target

analytes. A recent multianalyte ELISA for the simultaneous determination of the

most frequently used antibiotic families in the veterinary field has been developed

by combining two individual ELISAs; one for sulphonamide and fluoroquinolone

antibiotics and the other for ß-lactam antibiotics and detectability reached in full-fat

milk samples was below the European maximum residue limits [180]. FitzGerald

et al., reported a competitive ELISA for the rapid measurement of 11 active b-
lactams in milk, tissue, urine, and serum with an EC50 of 2 mg/L [181], whereas

Pimpitak et al. used monoclonal antibodies to detect furaltadone metabolite in

shrimps with an IC50 of 5.33 ng/ml [181].

Electrochemical immunosensors are a powerful tool for the analysis of

antibacterials in food and different configurations have been presented during

recent years. For example, an amperometric immunosensor was reported by Wu

et al. [182], for penicillin quantification in milk, with a linear range from 0.25 to

3 ng/ml and a limit of detection of 0.3 mg/L [182]. Other types of transduction have

been also explored, like a label-free impedimetric flow injection immunosensor for

the detection of penicillin G.

The Surface Plasmon Resonance (SPR) principle has been especially applied

in extensively used optical biosensors. Two SPR immunoassays for detection of

b-lactam antibiotics in milk were developed by Gustavsson et al. [183] and applied

to real sample analysis by Sternesj€o et al. [184]. The two assays showed similar

performance with respect to detection limits for penicillin G (1.2 and 1.5 mg/kg, for
2- and 3-peptide assays, respectively), while other b-lactams were detected at or

near their respective MRLs. In another example, Raz et al. [185] examined the

possibilities of implementing direct competitive immunoassay formats for small

and large molecule detection on a microarray, using imaging surface plasmon

resonance (iSPR) [185]. Weigel et al. [186] presented a comparison between SPR

biosensors for fluoroquinolone antibiotics in poultry muscle, fish, and egg and

already established methods (LC-MS/MS and screening assay) [186]. The method

based on SPR correctly identified all contaminated samples and demonstrated

advantages in sensitivity and analysis time compared to the established ones.

Recently, Raz et al. [185] have performed a label-free and multiplex detection of

antibiotic residues in milk using iSPR. During recent years, innovative resonance

methods have been introduced thanks to the possibilities opened by the new

nanotechnological materials. An immunonanogold resonance-scattering spectral

method for penicillin G [93, 187] and a waveguide-interrogated optical immuno-

sensor (WIOS) for sulfonamides [188] have been reported for milk. Sulfapyridine,

used as the reference sulfonamide, was detected with the immunosensor in buffer

and in milk with a limit of detection (IC90) of 0.2 � 0.1 mg/L and 0.5 � 0.1 mg/L,
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respectively. The developed immunosensor presents great potential as a generic

sensing device for fast and early detection of food contaminants in-situ by

nonskilled users.

Biosensors based on microbial immobilization have also been used for food

applications, e.g., the inexpensive and rapid high-throughput bacterial biosensor

developed by Virolainen et al. for rapid detection of tetracyclines and their

4-epimer derivatives in poultry meat [188, 189].

In addition to the biological-based approaches, instrumental multiclass methods

for antibacterial and coccidiostat detection in food samples are rapidly increasing

during the last years since regulations concerning the presence of such chemicals in

animal-derived foodstuffs are becoming more stringent (Table 1). The challenges

that these types of analyses pose to the analysts mainly have to do with the

complexity of the matrix and the different physicochemical properties of the

antibacterial families. A purification and preconcentration step is often required

prior to analysis in order to minimize matrix effects and reach the desired

sensitivities. Protein precipitation, usually done with organic solvents [62, 190],

defatting, usually with hexane and acid hydrolysis in the case of honey [190, 191] is

the first step employed prior to analysis.

The development of multiclass methods for the detection of antibacterials and

coccidiostats in food samples has shown a growing interest during the last years

since the regulations concerning the presence of such chemicals in animal-derived

foodstuffs is becoming more and more stringent. The challenges that these types of

analyses pose to the analysts mainly have to do with the complexity of the matrix

and the different physicochemical properties of the antibacterial families. There-

fore, very often, a purification and preconcentration step is required prior to analysis

in order to minimize matrix effects and reach the desired sensitivities [192, 193].

The most common food matrices analyzed include meat, fish, milk, egg, and

honey. The first step usually employed prior to analysis is protein precipitation,

which is usually done with organic solvents [59, 60, 62, 194, 195], defatting,

usually with hexane [60], and acid hydrolysis in the case of honey [190, 191].

A sample extraction step follows usually done by pressurized liquid extraction in

the case of solid samples, like meat and fish [196] and animal tissue [64]. The two

studies focused on single groups of antibiotics, macrolides, for which extraction

with methanol at 80�C [196] took place and tetracyclines extracted with water at

70�C [64]. Kukusamunde et al. explored mixed micellar cloud point extraction

(MM-CPE) for the detection of four hydrophilic penicillins (ampicillin, cloxacillin,

penicillin G, and oxacillin) in milk. This was achieved by a mixed micellar

extractant consisting of Triton X-114 and the cationic cethyl trimethylammonium

bromide (CTAB). The method, using HPLC-photodiode array, achieved LODs in

the range of 2–3 ng/ml [197]. In another application also dealing with penicillins in

milk, porcine tissue and feed samples, van Holthoon et al. developed a derivatiza-

tion procedure in order to avoid degradation of the unstable penicillins and conver-

sion to stable piperidine derivatives [58]. The applicability of supercritical fluid

(CO2) extraction (SFE) in situ derivatization was recently explored for amphenicols
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in shrimp and showed that low LODs (0.009–0.017 mg/kg) can be achieved even

without additional clean-up [56].

However, in most cases a clean-up step is necessary in order to remove matrix

interferences that reduce the signal for target analytes. This is usually accomplished

by solid phase extraction (SPE), performed either offline or online by the use of

reversed-phase cartridges, usually polymeric Oasis HLB [57, 58, 62, 64, 198] or

C18 [59, 60]. Tandem SPE has been also explored in food analysis in order to

achieve cleaner extracts [199, 200]. Selective SPE has also been explored by the

application of molecularly imprinted polymers (MIPs), recently applied for four

fluoroquinolones in milk and pig kidney [49] and four tetracyclines in foodstuff

samples like lobster, duck, honey, and egg [55]. Online SPE is being increasingly

employed during the last years [201, 202] as it significantly reduces manual

sample handling, thus providing high-throughput analysis and minimization of

inaccuracies.

Separation and detection techniques for antibacterials in food mainly focus on

the use of LC coupled to MS or tandem MS. Nevertheless, recent studies have

suggested capillary electrophoresis coupled to laser-induced fluorescence (LIF) as a

way of improving sensitivity [49], HRLC coupled to microTOF-ESI-MS as a highly

selective, sensitive, and quick screening method for 100 veterinary drugs in fish,

meat, and egg samples [195], and nanoscale LC coupled to UV or ion trap MS, with

LODs in the range 0.01–0.51 mg/L (nanoLC-MS) and the possibility that even

lower limits could be achieved by using triple quadrupole MS [59].

Scientific progress over the past years shows the increasing efforts of researchers

worldwide toward the sensitive multianalyte determination of antibacterials in

foodstuffs by means of fast and simple clean-up procedures and high sample

throughput analyses. This trend, we believe, will become more evident as the

need for wide monitoring of food contaminants will increase as new information

on toxicity and human health effects will come into the light. Following this trend,

the technique of choice for efficient extraction of analytes from complex matrices

and that will gain more attention in the following years is online SPE. This

technique provides high robustness and throughput analysis by reducing analysis

time and solvent consumption as well as sample manipulation and therefore sources

of errors. Concerning separation and detection, the method of choice is LC coupled

to MS or tandem MS, which however makes the need for clean-up or sample

dilution inevitable.

3.3 Marine Biotoxins

3.3.1 Immunoassays

Specific antibodies, either monoclonal or polyclonal have been produced against a

large variety of biotoxins, and a high number of assays based on different formats

have been reported, showing high sensitivities for quantitative or semiquantitative
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measurements. In the case of marine biotoxins, substantial efforts to develop

immunoassays have been undertaken to detect most common groups of toxins in

shellfish, DSP, PSP, ASP, NSP, and CFP toxins. Some of them are excellent

candidates for the development of a range of functional immunochemical-based

detection assays for this group of toxins, as, for example, the assay reported

by Steward et al. based on monoclonal antibodies against okadaic acid and

dinophysistixins-1,-2 [203]. One of the main problems associated to immunochem-

ical approaches to detect marine biotoxins is the lack of the adequate cross-

reactivity to detect all the analogs of each group. For some groups, this creates an

uncertainty gap that prevents the antibody approach as a useful tool to detect marine

biotoxins on a routine basis. For those chemical groups with a reduced number of

analogs, as is the case of Domoic acid, immunochemical methods could be suitable

approaches. Despite these limitations, immunoassays seem to be a promising tool

for routine analysis of shellfish toxins, due to the high sample throughput and

relative low cost. Moreover, they require neither sophisticated and expensive

equipment nor skilled personnel.

3.3.2 Bioassays

The more classical approach to assess the presence of marine biotoxins in seafood is

the in vivo mouse bioassay. It is based on the administration of suspicious extracted

shellfish samples to mice, the evaluation of the lethal dose and the toxicity calcula-

tion according to reference dose response curves, established with reference mate-

rial. It provides an indication about the overall toxicity of the sample, as it is

not able to differentiate among individual toxins. This is a laborious and time-

consuming procedure; the accuracy is poor, it is nonspecific and generally not

acceptably robust. Moreover, the mouse bioassay suffers from ethical implications

and it is in conflict with the EU Directive 86/609 on the Protection of Laboratory

Animals. Despite the drawbacks, this bioassay is still the method of reference for

almost all types of marine toxins, and is the official method for PSP toxins.

The investigation of the presence of marine biotoxins in water, phytoplankton,

and food has been achieved by several in vitro assays. However, alternatives to the

animal bioassay for marine toxins have not been sufficiently evaluated in

interlaboratory studies needed to demonstrate their scientific validity. In addition,

these methods continue to be time consuming and expensive for intensive monitor-

ing programs, and present some difficulties for their automation.

3.3.3 Instrumental Techniques

A high number of works have been reported the development of LC-MS and LC-

MS/MS for the determination of biotoxins in aquatic environments with limits of

detection in the range of ng-pg/L concentrations; however, much less work

have been performed to detect emerging groups of marine biotoxins such as
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(CFP, Palytoxin, Spirolide). Emerging groups of marine biotoxins comprises those

groups less studied and without a specific regulation. The main advantages of

instrumental approaches based on LC-MS are high selectivity, specificity, and

sensitivity. For example, a method based on LC-QqQ-MS operating in selected

ion monitoring (SIM) and MRMmode under positive ionization to detect palytoxin

has been developed [31]., and it was decisive for the confirmation of these toxins for

first time along the Italian coast. Other examples of works carried out during the last

year for the analysis of emerging biotoxins are [75, 82, 204–206]. In this work,

main advantages of instrumental applications have been the confirmation of target

groups of toxins. For example, González et al. [82], the presence of free okadaic

acid (OA) and dinophysistoxin-2 (DTX-2) as well as esters of these toxins. The

results also revealed the presence of minor amounts of 13-desmethyl spirolide C

(SPX-1) in the analyzed samples, although this toxin has never been reported before

in Spain. The combination of different MS modes of operation, just as enhancedMS

(EMS) and MS3 experiments, allowed to confirm the first occurrence of spirolides

in Spanish shellfish.

However, the major limitations of instrumental analysis for marine biotoxins

are, first sometimes the lack of standards, second the required time of analysis, are

expensive techniques to be applied in routine analysis but the main limitation is the

lack of information about the possible presence of other nontarget marine biotoxins.

4 Occurrence of Selected Groups in Food Samples

In this section, different studies reporting the concentration levels of selected

compounds in food samples. A summary is presented in Table 2.

4.1 Industrial Origin Compounds

4.1.1 PFCs

A relatively low number of studies have been published on the analysis of PFCs in

food samples. A recent study looking at wild fish from Northern Germany revealed

levels for PFOS ranging from 8.2 to 225 ng/g fresh weight (fw) [215], which were

notably lower than values reported for fish from Japan (3–7,900 ng/g fw) [83] and fish

from Spain (0.1–50 ng/g fw) [73] but higher than levels found in freshwater fish

from Sweden (0.5–23 ng/g fw). The differences observed in the above studies can be

probably attributed to variations in the fat content of the samples analyzed. Mussels

and oysters have also shown the presence of PFOS in ranges 0.11–0.59 ng/g ww,

along with PFHS (0.06–0.51 ng/g ww), PFBS (0.009–0.030 ng/g ww), PFOSA

(0.04–2.96 ng/g ww), PFDoDA (0.2 ng/g ww), PFDA (0.13 and 0.12 ng/g) [70].
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Table 2 Occurrence of emerging contaminants in the food chain

Analytes Matrix Levels Reference

PBDEs

PBDEs Chicken fat ∑PBDEs: 1.76–39.43 ng/g [37]

BDE #47, #85, #99, #100,

#153 & #154.

Dogfish liver

sample

BDE #47: 2.4 ng/g;

BDEs #85, #99, #100,

#153 & #154: <LoD

[207]

3 monoBDEs, 7 diBDEs,

8 triBDEs, 6 tetraBDEs,

7 pentaBDEs, 5

hexaBDEs, 3 heptaBDEs

and the decaBDE (209).

Fish muscle and

liver

PBDEs: 0.2–436 (muscle)

and 0.1–446 ng/g (liver)

[40]

BDE #17, #28, #47, #66,

#85, #99, #100, #153,

#154 & #183

Adipose tissues

from marine

mammals,

chicken and

trout

Whale blubber: 0.7

(BDE#28) to 38 ng/kg

(BDE #47)

Polar bear fat: 0.0053

(BDE #28) to 6.5 ng/kg

(BDE #47)

Trout: 17 (BDE #183)

to 102,175 ng/kg

(BDE #153)

Chicken: 0.46 (BDE #28)

to 17 ng/kg (BDEs #47

& #99)

[42]

BDE #17, #28, #47, #66,

#85, #99, #100, #153,

#154 & #183

Palm oil 4.3 (BDE #28) to 32 ng/kg

(BDE #47)

[42]

BDE #17, #28, #47, #66,

#71, #85, #99, #100,

#138, #153, #154, #183

& #190

Butter ∑PBDEs: 18.0–955 ng/kg [43]

1 monoBDE, 2 diBDEs,

2 triBDEs, 5 tetraBDEs,

3 hexaBDEs, 1

heptaBDE and the

decaBDE.

Fish, crab, mussel

and oyster

∑PBDEs: 42.6–192 ng/g

of lipid

[44]

27 PBDEs congeners Fish and Crabs ∑PBDEs: 135–518 ng/g [90]

BDE #28, #47, #66, #71,

#85, #99, #100, #138,

#153, #154, #183 & #190

Fish ∑PBDEs: 3.5–604 [208]

Pesticides

OCPs – aldrin, DDE (op´,

pp´), DDD (op´,pp´),

DDT (op´, pp´), dieldrin,

endosulfan (a, b), endrin,

HCH (a, b, c), heptachlor,

heptachlor epoxide, HCB

Eggs, chicken,

meat

5–1,300 ng/g lipid wt.
(eggs), 4–130 ng/g

lipid wt. (chicken),

5–2,890 ng/g lipid wt.

(meat)

[209]

222 pesticides Processed foods

(dumpling,

curry, French

fries, fried

chicken, fried

fish)

Chlorpropham was found in

a processed food sample

at 40 ng/g.

[210]

(continued)
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Table 2 (continued)

Analytes Matrix Levels Reference

47 pesticides Cooked wheat

flour and

polished rice

Tricyclazole was found in

12 samples at levels

between 0.015 and

0.111 mg/kg.

Fenobucarb was found in

3 samples at levels

between 0.031 and

0.089 mg/kg.

[211]

236 pesticides Baby-food Chlorpropham was

detected in sample with

a concentration below

10 ng/g.

[212]

Antioxidant pesticides &

metabolites used in

postharvest treatment:

imazalil (IMZ)/

ethoxyquin (EQ) and

thiabendazole (TBZ)/

diphenylamine (DPA),

Hydroxy-DPA, n-phenyl-

4-quinoneimine,

methoxy-DPA,

demethyl-EQ,

demethyldehydro-EQ,

EQ-dimer, methyl-EQ,

EQ-N-oxyl, 2,2,4,-

trimethyl-6-quinolone

Pears, Apples

(postharvest

treatments)

0.002–0.672 mg/kg (EQ),

0.94–11.86 mg/kg

(IMZ),

0.024–0.902 mg/kg

(DPA),

0.012–2.59 mg/kg

(TBZ)

[213]

Perfluorinated compounds

PFOS, PFHS, PFBS Wildlife: birds,

fish

Fish: 3–7,900 ng/g (PFOS),

4–19 ng/g (PFHS),

36–151 ng/g (PFBS),

Birds: 68–1,200 ng/g

(PFOS), 2.6–10 ng/g

(PFHS), <45 ng/g

(PFBS)

[83]

PFPA, PFBS, PFOA,

i,p-PFNA, PFNA, PFOS,

PFDA, L-PFDS

Edible Fish 0.23-23.04 ng/g fw [73]

PFOS, PFHS, PFBS,

PFOSA, PFDoDA,

PFUnDA, PFDA, PFNA,

PFOA, PFHpA, PFHxA

Mussels, oysters PFOS: 114–586 pg/g (w/w),

PFHS: 63–512 pg/g

(w/w), PFBS: 9–30 pg/g

(w/w), PFOSA:

38–2,957 pg/g (w/w)

PFDoDA: 196 pg/g,

PFDA: 132 pg/g and

119 pg/g (values for

single occurrence)

[70]

PFOS, PFHxS, PFDoDA,

PFUnDA, PFDA, PFNA,

PFOA

Farm, pet animals PFOS: 67 ng/g (Chicken),

54 ng/g (pigs), 34 ng/g

(cattle)

[72]

(continued)
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Table 2 (continued)

Analytes Matrix Levels Reference

4 PFSs, PFOSA, 10 PFCAs Freshwater fish PFOS: 0.5–23 ng/g fresh

wt., PFHsS:

0.02–0.8 ng/g, PFOSA:

<0.3–3.3 ng/g

[214]

PFOS, PFOA Wild fish PFOS: 8.2–225 ng/g fw [215]

PFOS, PFOSA, C7-C14

PFCAs

Macroalgae,

bivalves, fish,

sea ducks,

marine

mammals

0.1 and 40 ng/g ww [5]

Antibiotics

Fluoroquinolones: NOR,

CIP, OFL, ENR, RUF

Milk 85.30–0.34 ng/g [60]

5 tetracyclines, 7 macrolides,

3 aminoglycosides,

8 b-lactams,

2 amphenicols,

17 sulfonamides

Honey 41–147 mg/kg [61]

Macrolides: ERTMC, JSMC,

RXTMC, SRMC, TMCS,

TLDMC, TLS

Meat 58–87 mg/kg [52]

Tetracycline,

chlorotetracycline,

oxytetracycline,

doxycycline

Meat 24–160 mg/kg [64]

Florfenicol Liver, meat 186.2–1423.5 mg/kg [55]

Amphenicols: CAP,

FF, TAP

Shrimp 47–592 mg/kg [56]

Biotoxins

Spirolide biotoxins:

13-desMeC SPX,

13,19-didesMeC SPX,

27-OH-13,19-didesMeC

SPX, YTX, homoYTX,

CarboxyYTX,

CarboxyhomoYTX,

45-OHYTX, 45-

OhhomoYTX, PTX-2sa

Shellfish 11–7,950 ng/g [205]

Putative Palytoxin Plankton 1,350 ng (plankton pellet),

1,950 ng (butanol

plankton extract)

[216]

Okadaic acid (OA),

dinophysistoxins

(DTXs), pectenotoxins

(PTXs), azaspiracids

(AZAs) and spirolides

Shellfish 9–2,012 ng/g (mainly OA

group toxins)

[204]

pectenotoxin-2, spirolide-A

and their derivatives

Shellfish 2–585 ng/g [206]

HBCD hexabromocyclododecane, HCB hexachlorobenzene, p,p0-DDT Dieldrin, 1,1,1-trichloro-

2,2-bis-(4-chlorophenyl)-ethane, p,p0-DDE 1,10-dichloro-2,20-bis(4-chlorophenyl) ethylene,

p,p0-DDD 1,10-dichloro-2,20-bis-(4-chlorophenyl)ethane, PFOS perfluorooctane sulfonate,

PFHS perfluorohexane sulfonate, PFBS perfluorobutane sulfonate
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Chicken, pig, and cattle samples have revealed PFOS mean values of 67 ng/g,

54 ng/g, and 34 ng/g, respectively [72] .

4.1.2 PBDEs, PCBs, PBBs

On the other hand, there is a plethora of studies monitoring the occurrence of

PBDEs, PCBs, and PBBs in food samples, with the majority of results reporting the

occurrence of these compounds in fish, shellfish, and crustacean samples. Levels

detected are in the range 3.5–604 ng/g lipid weight (lw) [208], 14–60 ng/g lw [217],

43–192 ng/g lw [44] for the sum of 12 and 10 PBDEs in biota, 7 PBDEs in fish, 20

PBDEs in lower-trophic-level coastal marine species, respectively. An Elisa screen-

ing on Hawaiian euryhaline fish and crabs showed ranges of 135–518 ng/g lw [90].

A study on HBCD revealed levels between 90 and 4,863 ng/g ww in fish [218].

However, the levels found for PCBs in bivalves, crabs, and fish samples were

significantly higher (14–7,340 ng/g) than PBDE levels [44]. Recent monitoring of

dairy products has shown PBDE concentrations in the range of 0.31 ng/g

and 0.02–0.96 ng/g for 17 PBDEs in milk and 12 PBDEs in butter, respectively.

Also in the case of butter, PCB levels were higher than the ones for PBDEs with

values ranging from 0.14 to 2.52 ng/g [219].

4.1.3 Pesticides

As has been discussed before, recent developments are focused on large

multiresidue methods of analysis. Some examples of recent applications of

multiresidue methods in cooked and processed food are those reported recently

by Kitacawa et al. [210], and Lee et al. [211], Kitakawa et al., presented a methods

for the analysis of 222 pesticides in different processed foods. On the other hand,

Lee et al. presented a LC-MS/MS method for the quantitative determination of 44

pesticide residues with hydrolyzable functional group in five types of vegetables. In

another example [212]. a simple multiresidue method has been developed for the

routine determination of 236 pesticides and degradation products in meat-based

baby food. This approach combines a modified QuEChERS sample preparation

method using a triple partitioning extraction step with water/ACN/hexane and a

system composed of GC with programmable temperature vaporization injector

hyphenated to an IT-MS.

Another import field of development is the investigation of pesticides

transformation products in food. Some examples are the investigation of the

acaricide amitraz and its transformation products, 2,4-dimethylaniline (DMA), 2,4-

dimethylformamidine (DMF), and N-2,4-dimethylphenyl-N-methylformamidine

(DMPF) in pears [220] Antioxidant pesticides as well as their metabolites

used in postharvest treatment have been investigated in pears and apples with

concentrations in the ranges 0.002–0.672 ng/g (ethoxyquin), 0.94–11.86 ng/g

(imazalil), 0.024–0.902 ng/g (diphenylamine), 0.012–2.59 ng/g (thiabendazole).
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The study reveals for the first time the presence of some EQ metabolites in fruits,

with levels exceeding several times those of the parent compounds (Picó 2010).

About new emerging pesticides such as chiral pesticides most of the works are

focused on environmental occurrence [221, 222].

4.1.4 Nanomaterials

As we mentioned previously, the research on the field of nanomaterials is at a

primitive stage and literature mainly focuses on the benefits of using such particles

for environmental load reduction, waste treatment, and source pollution control, as

well as the toxicological and health issues accompanying the use of such materials.

As a consequence, there are still few methods developed for food matrices and even

lesser monitoring schemes applied. Currently, no data have been noticed reporting

the occurrence on nanomaterial residues in food and just one work has been

published till now reporting the occurrence of nanoparticle (fullerenes) in real

environmental samples [6].

4.2 Pharmaceutical Residues: Antibiotics and Coccidiostats

Unfortunately, in the case of antibiotics and coccidiostats, considering the some-

times conflicting interests between the pharmaceutical industry, the regulatory

agencies and the scientific community, not many results can be found in the

literature regarding survey studies for those substances. A small number of

publications are therefore available, mostly in an abstract form, which usually do

not emphasize values detected. An application of an enzyme immunoassay for

monitoring of milk samples revealed 41.3% of samples (151 total samples)

containing antimicrobial residues in Brazil, with one sample exceeding the

corresponding MRL (200 mg/kg) for streptomycin-dihydrostreptomycin. Also, 4

samples were above the zero tolerance level for chloramphenicol [223]. In a similar

study using a semiquantitative ELISA to monitor 60 ultra-heat-treatment milk

samples from Turkey, the authors detected high incidence rate of chloramphenicol

(28 samples) and tetracycline (40 samples) [228]. Another study on raw cow’s milk

with an LC-UV method revealed low concentrations of tetracycline residues and

51% of the samples containing oxytetracycline [224]. Dairy products, eggs and

meat, poultry, and meat tissue samples from Kuwait were screened by the Charm II

test and confirmed by LC-MS/MS for tetracycline residues. The study showed 5%

of poultry and 18% of milk samples were above the permitted limits [225]. Finally,

honey samples from the Italian market showed a total of 6.3% of all samples

containing the antibacterial drugs analyzed with sulphonamides being the most

occurring, followed by tetracyclines, streptomycin, tylosin, and chloramphenicol

[226].
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4.3 Biotoxins: Emerging Group of Marine Biotoxins

Biotoxins, mainly of the spirolide family, have been principally monitored in

shellfish samples. Reported toxin levels vary from 2–585 ng/g [206] to

11–7,950 ng/g [205] in shellfish from France and Italy, respectively, whereas

reported values for Spanish mussels were in the range of 13–20 ng/g [82]. This

study employed the use of different MS modes of operation, enhanced MS (EMS)

and MS3 experiments in order to confirm the first occurrence of spirolides in

Spanish shellfish. Okadaic acids were the principal toxin contaminants found in

shellfish samples from Galicia, Spain, with levels reaching 2,012 ng/g [204].

Putative palytoxin was for the first time detected in Italian waters at levels of

1,350 ng for plankton pellet) and 1,950 ng for butanol extract; thus, it was suggested

to be the causative agent responsible for the Genoa 2005 outbreak showing respira-

tory illness in people exposed to marine aerosols [31].

5 Conclusions

Whereas there is a legislation establishing official methods for regulated food

contaminants and food control, laboratories should be accredited by the ISO

17025 standard; for emerging contaminants these measures are not established.

Therefore, for new classes of contaminant, alternative approaches to method

validation and quality control should be developed. During the current European

Commission’s Framework 7 these lacks and the need to develop harmonize analyt-

ical approaches covering emerging groups of compounds have been recognized and

different food safety initiatives have been taken.

During the last few years, new analytical methods turned to multiclass methods

in order to face up the large number of compounds that should be screened, and

rapid methods of detection.

Instrumental screening methods based on exact mass measures have increased

for multiscreening purposes offering adequate uncertainty and possible identifica-

tion of nontarget compounds. On the other hand, biological approaches offer as well

another possibility for rapid and cost-effective alternative.
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74. Farré M, Pérez S, Gajda-Schrantz K, Osorio V, Kantiani L, Ginebreda A, Barceló D (2010)
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Chem 29:1347–1362
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143. Blasco C, Font G, Picó Y (2005) J Chromatogr A 1098:37–43

144. Frenich AG, Salvador IM, Vidal JLM, López-López T (2005) Anal Bioanal Chem
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164. Picó Y, Farré Ml, Segarra R, Barceló D (2010) Talanta 81:281–293

165. Sanguansri P, Augustin MA (2006) Trends Food Sci Technol 17:547–556

166. Mavrocordatos D, Pronk W, Boller M (2004) Analysis of environmental particles by atomic

force microscopy, scanning and transmission electron microscopy. Water Sci Technol

50:9–18

167. Balnois E, Papastavrou G, Wilkinson KJ (2007) Force microscopy and force measurements

of environmental colloids. In: Wilkinson KJ, Lead JR, editors. Environmental Colloids and

Particles: Behaviour, Structure and Characterization. Chichester: Wiley, pp 405–468

168. Krueger KM, Al-Somali AM, Falkner JC, Colvin VL (2005) Anal Chem 77:3511–3515

169. Huang X, McLean RS, Zheng M (2005) Anal Chem 77:6225–6228

170. Williams A, Varela E, Meehan E, Tribe K (2002) Int J Pharm 242:295–299
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221. Sekhon BS (2009) J Pestic Sci 34:1–12
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Pharmaceuticals in Drinking Water

Aleksandra Jelić, Mira Petrović, and Damià Barceló

Abstract Pharmaceuticals are a group of emerging contaminants that has received

noticeable attention over the past decade. Continual development of the advanced

instruments and improved analytical methodologies made possible detection of

these microcontaminants in low levels in different environmental matrices. Traces

of pharmaceuticals have also been found in groundwater and surface water that are

used for drinking water supply. Therefore, concern has been raised over the

potential risk to human health from exposure to the pharmaceutical residues via

drinking water. Still, there is no evidence that any serious risk could arise from

low concentrations of pharmaceuticals found in drinking water. Anyhow, there is

much more to be understood about long-term, low-level exposure to a mixture of

pharmaceuticals and their metabolites. In the following chapter, we give a brief

overview of the technologies commonly applied for drinking water treatment, with

reference to pharmaceutical removal, and we review available literature data on the

occurrence of pharmaceuticals in finished drinking water.
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1 Introduction

Pharmaceutical products have an important role in the treatment and prevention of

disease in both humans and animals. They are designed either to be highly active

and interact with receptors in humans and animals or to be toxic for many infectious

organisms. Because of the nature, they can also bioaccumulate and have unintended

effects on animals and microorganisms in the environment. Although the effects of

the pharmaceuticals are investigated through safety and toxicology studies, the

potential environmental impacts of their production and use are less understood

and have recently become a topic of research interest [1].

Hundreds of tons of pharmaceuticals is dispensed and consumed annually world-

wide. The usage and consumption of pharmaceuticals have been increasing consis-

tently due to the discoveries of new drugs, the expanding population, and the

inverting age structure in the general population, as well as due to expiration of

patents with resulting availability of less-expensive generics [2]. Recent development
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of the advanced instruments and improved analytical methodologies made possible

detection of pharmaceuticals in low levels in different environmental matrixes.

Traces of pharmaceuticals have been reported in ng to low mg per liter, in

wastewater, surface water, ground water, and drinking water [3]. There have been a

few examples of adverse effects of pharmaceuticals to the ecosystem. A widely used

anti-inflammatory drug diclofenac caused the decline of Oriental white-backed

vulture (Gyps bengalensis) in the Indian subcontinent [4]. It was shown that the

pharmaceutical, ingested via food, was responsible for renal disease in the scavenging

birds. Similar effects of diclofenac on renal function of rainbow trout (Oncorhynchus
mykiss) were observed after prolonged exposure (28 days) to an environmentally

relevant concentration range [5]. Concern has been raised among governmental and

nongovernmental water regulators, water suppliers, and the public regarding the

potential risks to human health from exposure to the pharmaceutical residues via

drinking water. In the following paragraphs, we aim to summarize literature informa-

tion on the occurrence of pharmaceuticals and their removal during drinking water

treatment.

2 Routes of Pharmaceuticals to the Environment

Pharmaceuticals find their way to the environment through many pathways (Fig. 1),

but the principal way is through the discharge of raw and treated sewage from

residential users or medical facilities [6]. Through the excretion via urine and feces,

extensively metabolized drugs are released into the receiving waters. On the other

side, the topically applied pharmaceuticals (when washed off) and the expired and

unused ones (when disposed directly to trash or sewage), as well as released from

drug manufacturing plants [7–9], may pose a direct risk to the environment because

they enter sewage in their unmetabolized and powerful form [10]. Besides the

wastewater effluents discharged to water bodies or reused for irrigation, biosolids

CONSUMED / EXCRETED
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HOUSEHOLD 
WASTE

RETURNED TO
PHARMACIES

LANDFILL GROUNDWATERS
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DRINKING 
WATER
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Fig. 1 Main routes of pharmaceuticals to the environment
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used in agriculture as soil amendment or disposed to landfill are another significant

route of pharmaceuticals to the environment [11] and drinking water supplies.

3 Drinking Water Treatment

Drinking water treatment plants (DWTP) were designed to remove different

impurities (e.g., pathogens and organic and inorganic suspended matter) present in

raw water, in order to provide clean and safe water that meets the drinking water

standards. The type of treatment applied mostly depends on the characteristics (physi-

cal, chemical, and bacteriological) of the raw water. Groundwater is the largest body

of freshwater in the EuropeanUnion [12]. If the groundwater is not under the influence

of surface water, it is generally less treated than surface water; it is typically subjected

to aeration and disinfection processes for microbial pathogens removal. But ground-

water can be rich in dissolved solids, especially carbonates and sulfates of calcium

and magnesium, as well as chloride and bicarbonate, depending on the strata through

the groundwater flowed. Thus, an additional treatment may be required in order to

provide pleasant water for drinking and household use. Surface water is exposed

to direct wet weather runoff and to the atmosphere and is easily contaminated; thus,

there are strict regulations for the treatment of such water when used for drinking

purposes. For the groundwater under the influence of surface water, as well, should

be applied a multiple-barrier drinking water treatment approach.

A variety of treatment operation and processes are designed and applied to

remove contaminants from raw water and improve it for drinking purposes. The

process units are arranged in sequential series of treatment processes. The most

commonly used processes include coagulation (flocculation and sedimentation),

filtration, and disinfection. The particles present in raw water (pathogens, clay,

organic material, metals) are usually too small to settle out from the water column.

Therefore, alum and iron salts, alone or in combination with other metal salts, are

used to promote coagulation of the small particles into larger ones, which can

sediment easier. The water is left undisturbed to allow the coagulants to settle out.

Still, the water contains small particles as clays and silts, natural organic matter,

precipitates from coagulation treatment processes, iron and manganese, and

microorganisms, which have to be removed. Thus, it is run through a series of

filters which capture and remove particles still remaining in the water column.

Typically, beds of sand or charcoal are used for filtration of the water, enhancing the

effectiveness of disinfection. If inorganic contaminants cannot be removed by

filtration and sedimentation, ion exchange (or water softening) processes are

used. Typically, ion exchange is used to treat hard water (Ca, Mg), but it can also

be used to remove arsenic, chromium, excess fluoride, radium, and uranium. It

cannot remove bacteria, silt and sand, and many other organic and inorganic

compounds. All treatment methods have limitations; this is why the water quality

conditions require a combination of various treatment processes. Disinfection, the

last unit in the drinking water treatment, is commonly done with chlorination,
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ozone, or ultraviolet radiation. Ozone is a powerful disinfectant. Ultraviolet radia-

tion is an effective disinfectant and treatment for relatively clean source waters.

Still, neither of these two is effective in controlling biological contaminants in the

distribution pipes. Chlorination is the most used disinfection treatment. Chlorine,

chloramines, or chlorine dioxide are most often used because they are very effective

disinfectants, not only at the treatment plant but also in the pipes of the distribution

system. After the disinfection step, the water is considered to be safe enough to

drink and is sent for distribution to homes and businesses.

Still, a number of studies have shown that the conventional water (both waste-

water as drinking water) treatments are not effective enough in removing microcon-

taminants, among which are pharmaceuticals [13–15]. Even though advanced

treatment processes are able to achieve higher removal rates, they still do not obtain

complete removal of pharmaceuticals [16, 17]. Nevertheless, the toxicological

relevance of various contaminants should be considered before investing in addi-

tional advanced and very costly treatment technologies for the removal of pharma-

ceuticals, or other microcontaminants, from drinking water.

4 Removal of Pharmaceuticals During Drinking Water

Treatment

Both wastewater and drinking water treatment plants were basically designed to

remove pathogens and organic and inorganic suspended and flocculated matter, and

neither of these treatment technologies have been designed specifically to remove

pharmaceuticals that may be present in sewage water or drinking water sources.

Even though the new and expensive treatment technologies have been developed to

deal with health and environmental concerns associated with findings of nowadays

research, the progress was not as enhanced as the one of the analytical detection

capabilities. This is the main reason that we find a variety of microcontaminants

detected in different environmental matrices including surface, groundwater, and

drinking water.

Even though not complete, treatment plants achieve some level of removal of

pharmaceutical residues. The extent to which one compound can be removed

during water treatment is influenced not only by chemical and biological properties

of the compound but also of the water characteristics, operational conditions,

and treatment technology used. Various mechanisms influence the behavior of

microcontaminants during different stages of drinking water treatment. Actually,

coagulation/flocculation, activated carbon adsorption, and membrane systems elim-

inate contaminants by physical adsorption or separation, while oxidation processes

such as chlorination and ozonation (with or without advanced oxidation processes,

AOP) rely on chemical oxidation reactions. Besides sorption and physicochemical

transformation, biotransformation and photodegradation may also be responsible

for the removal of pharmaceuticals from water. All these mechanisms are limited in

Pharmaceuticals in Drinking Water 51



some way: (1) because pharmaceuticals have been designed to be biologically

stable; (2) the sorption depends not only on the type and properties of the organic

contaminant of interest but also on the suspended solids; and (3) even though they

are photoactive (because many of them have aromatic rings, heteroatoms, and other

functional groups that could be susceptible to photodegradation) or easily oxidized,

they may give by-products of environmental concern. Therefore, no treatment unit

itself is capable of “cleaning” the water of pharmaceuticals (or other organic

microcontaminants). Only a combination of various physicochemical processes, a

multistep treatment, can provide better contaminant removal.

4.1 Physical Separation/Adsorption

Coagulation and flocculation are an essential part of drinking water treatment. They

aid in removing suspended solids (turbity) and natural organic matter (NOM), and

some inorganics too (e.g., copper, mercury, arsenic, and fluoride). But they are

almost ineffective in removing organic trace-level contaminants, including

pharmaceuticals, from source water [14]. If a compound of concern is hydrophobic

enough (Kow > 5), then some removal could be expected due to the binding to the

surfaces of coagulates that are purged through subsequent sedimentation and

filtration. Still, this “some” is much less than enough. For the anti-inflammatories

naproxen, ibuprofen, ketoprofen, and diclofenac, a maximum removal of 20%

was achieved during coagulation/flocculation [15, 17–19]. A very persistent

pharmaceutical, anticonvulsant carbamazepine, was not affected by coagulation/

flocculation even when present at 1 mg/L concentration [20].

During filtration step, sorption plays an important role for the removal of

pharmaceuticals. It depends not only on the compound charge and hydropho-

bicity but also on the properties of the solid phase [18, 20]. The sorption of

pharmaceuticals to suspended solids present in the treated water, or to porous

media used for filtration, is very complex and difficult to assess due to the fact

that these compounds can sorb through different interactions: hydrophobic, elec-

trostatic, and/or chemical [21]. Two forms of activated carbon: granular (GAC) and

powdered activated carbon (PAC) are adsorbents with highly porous surface most

commonly used for drinking water treatment. The primary purpose of activated

carbons was to adsorb organic molecules that cause taste and odor, mutagenicity,

and toxicity, as well as natural organic matter (NOM) that causes color and can also

react with chlorine to form disinfection by-products (DBPs). Later on, activated

carbons were used for the removal of pesticides (USEPA2001), and in the last

decade, it was applied for removal of endocrine-disrupting compounds (EDC)

and pharmaceuticals. Hydrophobic interactions are the dominant mechanism in

activated carbon adsorption of organic compounds [22]. Therefore, the pharma-

ceuticals with higher log Dow (pH-dependent n-octanol/water coefficient) are

expected to be easily removed by activated carbon. Pore size distribution and

structure have a large influence on both adsorption capacity and kinetics.
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Their removal efficiency depends on contact time, organic loading, carbon type,

and chemical structure and solubility [20, 23, 24]. Removal of trace organic con-

taminants is also influenced by the concentration of NOM in source water because

both the contaminants and NOM compete for available carbon surface adsorption

sites [25]. Activated carbon can be very effective for the removal of pharma-

ceuticals, especially the hydrophobic ones. In general, PAC applications were

known for more than 70 years, but the implementation of GAC increased in the

1980s [26, 27]. PAC is normally added seasonally or event specific at many

conventional DWTP; thus, it might offer better removal due to the fact that is fed

to the system fresh, not recycled. But since pharmaceuticals are released continu-

ously into the environment, GAC adsorbers are more suitable treatment option.

GAC is also very effective. The US EPA identified packed-bed GAC as a “best

available technology” for treating numerous regulated organic pollutants [17]. In a

study carried out by Snyder et al. [23], both PAC and GAC were capable of

removing nearly all compounds evaluated by greater than 90% in different

strategies of water treatment. In a full-scale plant, with relatively high levels of

TOC, using GAC without regular replacement and regeneration provided very little

removal. Indeed, regeneration and replacement are critical for excellent removal

using GAC. Combination of GAC with nanofiltration, as a kind of pretreatment,

was shown to be very effective in removing pharmaceuticals because NF removes

all the NOM from the feed water and reduce the concentrations of more hydrophilic

compounds as well [28]. Westerhoff et al. [17] found that the addition of 5 mg/L of

PAC with a 4-h contact time removed 50% to >98% of volatile compounds and

10% to>95% of polar compounds, among them are pharmaceuticals fluoxetine and

trimethoprim. The removal depended on the PAC dosages (higher dosage, higher

removal) and was independent on the initial concentration of the compounds. In

pilot-scale experiments performed by Ternes et al. [20], after pulverized GAC

filtration, diclofenac and bezafibrate were not detected, the concentration of carba-

mazepine and primidone were reduced by 75%, and the concentration of clofibric

acid was reduced by ca. 20%. Besides clofibric acid, ibuprofen, sulfamethoxazole,

and diclofenac were some of the compounds found to be most resistant to activated

carbon removal [29]. Despite short filter contact times of 1.5–3 min in a full-scale

DWTP studied by Stackelberg and colleagues [15], GAC filtration accounted for

53% of the removal of organic contaminants, including pharmaceuticals, from the

water phase. Huerta-Fontela et al. [16] studied the removal of 55 pharmaceuticals,

hormones, and metabolites during full-scale drinking water treatment that involved

GAC filtration after ozonation step. They found that only 3 out of 14 pharma-

ceuticals, remained after ozonation, were completely removed by GAC, i.e.,

acebutolol, diazepam, and diltiazem; but more than half were removed with more

than 75% efficiency. Six organic compounds, including carbamazepine and ibupro-

fen, were completely removed during GAC filtration in a DWTP in Seoul [30].

Membrane treatment is a very effective technology used in a broad range of

applications. It has been used for desalinization, specific ion removal, nutrients and

suspended solids removal, and nowadays plays an important role in removal of

trace-level organic contaminants dissolved in water. It is a very advantageous
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technology since it provides good removal of contaminants without formation of

(possibly toxic) by-products. The most important industrial membrane-based

technologies are reverse osmosis (RO), electrodialysis (ED), nanofiltration (NF),

ultrafiltration (UF), and microfiltration (MF). UF and MF are microporous, and they

are basically similar in that the mode of separation is molecular sieving through

very fine membrane pores (pore flow mechanism). The mechanism of separation by

RO membranes is quite different. In RO membranes, the pores are so small, which

fall within the range of thermal motion of the polymer chains, and the mechanism of

separation is different. In RO membranes, solute permeates the membrane by

dissolving in the membrane material and diffusing down a concentration gradient

(solution-diffusion model) [31]. Thus, separation occurs because of the difference

in solubilities and mobilities of different solutes in the membrane. NF membranes

falls between microporous (e.g., UF) and solution-diffusion membranes (e.g., RO).

Besides membrane pore diameter that indicates the way the membranes are used,

physicochemical properties (e.g., molecular weight, hydrophobicity, polarity,

chemical nature, etc.) of compounds of interest, as well as feed water and the

operation conditions, affect the removal efficiency of membranes. Size exclusion,

electrostatic repulsion, adsorption, and diffusion mechanisms have been identified

as the key factors for the organic compound transport through membranes [32–35].

As in the case of activated carbon filtration, the presence of NOM affects membrane

performance [36]. Despite the growing number of publication on the removal of

pharmaceuticals from water using membrane technologies, more information is still

needed. Most of the studies were performed on a laboratory scale and, in many

cases, in deionized water. The results of the lab-scale studies where the compounds

of interest were added to deionized water should be taken with caution, given the

fact that those were performed in absence of NOM that was proven to alter

membrane potentials. There are very few studies on the performance of a full-

scale NF and RO membrane treatment in rejecting micropollutants. Yet in these

studies, NF and RO membranes were generally employed as tertiary treatment in

WWTP or for treating saline groundwater [23, 35, 37]. As most pharmaceuticals

fall into range of 150–500 m in molecular size, it is expected that they could be

easily removed by RO and NF membranes and less by UF. Kim et al. [30] found

that UF did not affect the concentrations of studied pharmaceuticals and some

EDCs in raw water, while RO and NF processes showed excellent removal rates

( >95%) in a full-scale WWTP. In lab-scale experiments, Yoon et al. [37] obtained

similar results, concluding that retention in these membranes is mainly affected by

membrane pore size. They also found that more polar, less volatile, and less

hydrophobic compounds had less retention than less polar, more volatile, and

more hydrophobic compounds, which indicated that retention by NF and UF was

clearly governed by hydrophobic adsorption. The results of a study performed by

Snyder et al. [23] showed that RO membranes were capable of removing nearly all

compounds investigated to levels lower than method limits of quantification.

Additionally, they pointed out the importance of considering the disposal of

permeates from NF and RO that contain the rejected compounds. Watkinson

et al. [38] studied removal of 28 human and veterinary antibiotics in WWTP and
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DWP, and they found that RO membrane reduced the concentration of antibiotics

present in the feed (beta-lactams, quinolones, macrolides, and sulphonamides) by

approximately 94%. Polar or charged compounds that interact with the membrane

surface are expected to be better removed than less polar or neutral compounds

[37, 39]. Radjenovic et al. [40] reported very high rejections (>90%) in both NF and

RO membranes, applied in a full-scale DWTP, for negatively charged (ketoprofen,

diclofenac, and sulfamethoxazole) and positively charged pharmaceuticals (sotalol

and metoprolol). Similar results (i.e., rejection of>90%) were reported in a NACWA

report [41] where tight NF and RO were applied for a group of negatively charged

pharmaceuticals. Kimura et al. [33] demonstrated that charged compounds could be

rejected to a greater extent (>90%) using polyamide NF and ultra-low-pressure RO,

regardless of physicochemical properties of the tested compounds. The RO exhibited

slightly better rejection than NF likely because the RO had a lower molecular weight

cutoff (MWCO) than NF. The retention of sulfamethoxazole and ibuprofen was

shown to increase greatly as the compounds transform from their neutral to nega-

tively charged species when the solution pH increased above their pKa value [42].

For neutral species, despite the decrease in rejection for both membranes, RO

performance was significantly better than NF [43]. Rejection of noncharged

compounds was found to be influenced mainly by the size of the compounds. Kimura

et al. [44] reported that retention of neutral compounds varied depending on molecu-

lar size, polarity, and membrane materials, ranging from 57% to 91%, with better

performance on polyamide NF than on cellulose NF. Adams et al. [18] studied the

removal of antibiotics using a low-pressure RO system with a cellulose acetate

membrane. The rejection rate for the antibiotics was around 90% from distilled and

river water, and it was even higher (99% and 99.9%) using with two and three RO

units in series. Also, Khiari et al. [29] indicated a double-pass RO system as a very

good solution for complete removal of target compounds from water. A multibarrier

approach, RO/AOP or double-pass RO, is most successful in the removal of trace

contaminants [23].

4.2 Chemical Disinfection

Disinfection is the process for deactivation of pathogenic microbes (e.g., bacteria,

algae, spores, and viruses) in water, but it has the potential to remove some trace

organic contaminants through oxidation. Chlorine (OCl � and HOCl), chlorine

dioxide (ClO2), chloramines, and ozone (O3) are the most common chemical

disinfectants in use nowadays. Besides, ozone is combined with hydrogen peroxide

or UV (pH > 8) (AOPs), thus becoming even more powerful oxidizing agent.

Factors that can influence chemical disinfection efficiency are water quality (e.g.,

types and quantity of organic contaminants, pH, and temperature), disinfectant

concentration, and contact time. Free chlorine (OCl � and HOCl) can produce

oxidation, hydrolysis, and deamination reactions with a variety of chemical

substrates. Chloride dioxide is a strong oxidant, as well, and is very effective
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over wide range of pH (pH 5–10), and on pH > 8.5 even more effective than

chlorine. Free chlorine can react with ammonia or organic amine to produce

chloramines, which are much less reactive than free chlorine with pharmaceuticals

and EDCs [45]. The strongest oxidizing agent of the here-mentioned chemical

disinfectants is ozone. Ozone reacts with organic contaminants through either direct

reaction with molecular ozone or through the formation of free radicals, including

the hydroxyl radical. Both molecular ozone and hydroxyl radical pathways can lead

to transformation of organic compounds. Hydroxyl radicals react nonselectively

with high rate constants with organic molecules; thus, they can contribute to the

oxidation of ozone-recalcitrant compounds [46, 47]. They can attack unsaturated

bonds (forming aldehydes, ketones, or carbonyl compounds) or can participate in

electrophilic reactions with aromatic compounds. Amino acids, proteins, and

nucleic acids quickly react with ozone [48].

The major issue regarding chemical disinfection is the formation of disinfection

by-products (DBPs). It has been shown that ozonation followed by chlorination or

chloramination considerably increases the formation of DBPs [49]. The

investigated DBPs include iodo-trihalomethanes and iodo-acids, which are found

at highest levels after chloramination; halonitromethanes and haloaldehydes, which

are enhanced by preozonation; a highly mutagenic MX compound ([3-chloro-

4-(dichloromethyl)-5-hydroxy-2(5H)-furanone]), which is enhanced by chlorine

dioxide-chlorine-chloramines; and nitrosamines concentrations, which are increased

by chloramination. Still, the oxidation of organic matter gives better biodegradable

fraction that can be degraded during postbiological treatment [50]. Although it assists

the formation of DBPs, ozone was recommended as an alternative disinfectant to

reduce the concentrations of DBPs, likely due to its selectivity (AWWA Water

Quality and Treatment Handbook).

Although the disinfectants are primarily added in order to deactivate microbes

and oxidize organic matter present in untreated water, they can achieve a certain

level of pharmaceutical removal as well. This will depend upon the chemical

structure of pharmaceuticals and treatment conditions such as pH and oxidant

dose [18, 30, 51–54]. Westerhoff et al. [17] reported moderate to high removals

of pharmaceuticals during chlorination at pH 5.5 at bench scale, although

suggesting that pharmaceuticals were likely transformed to oxidation by-products.

When analyzed, untreated and treated water from 31 conventional water treatment

plants across Missouri that use chlorine and chloramines as water disinfectants,

Wang et al. [55] reported almost complete removal of acetaminophen by both

oxidation processes. The “removal” here could refer to “transformation,” when it

is known that chlorine reacts rapidly with phenolic compounds, as acetaminophen,

through the reaction between HOCl and the deprotonated phenolate [15, 17, 45].

Bedner and Maccrehan [56] found 11 degradation products of acetaminophen

after chlorination in pure water at pH 7 and in wastewater, of which two TPs

(i.e., 1, 4-benzoquinone and N-acetyl-p-benzoquinone) are toxic. Similar was

observed for the NSAID naproxen that was transformed into several intermediates

and not completely removed in the experiments performed by Boyd et al. [57]. Gibs

et al. [58] found that only 22 compounds, out of 98 studied pharmaceuticals and
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other trace organic compounds, reacted with free chlorine within 24 h. Chlorination

was effective for fluoroquinolones, sulfonamides, and analgesics/anti-inflammatories.

This is in agreement with other studies that showed that primary or secondary

amines, such as diclofenac, sulfamethoxazole, and trimethoprim, were very reac-

tive with chlorine [17]. While chlorination is very effective in removing

sulfonamides [17, 55, 59], chloramination treatment does not provide such a good

removal at typical dosage concentrations of 3 mg/L [60]. It could be expected that

carbamazepine, which contains a urea group and aromatic rings, is easily oxidized

by chlorination step [17], but Wang et al. [55] reported low removal of this

compound during disinfections step at pH > 7. Westerhoff et al. [17] noted that

the removal of pharmaceuticals and EDCs was always equal or higher at pH 5.5

than those at ambient pH. It was explained by the fact that at lower pH, a powerful

oxidant hypochlorous acid accounts for nearly 99% of the free chlorine [61].

Chemical oxidation using ozone, alone or combined with AOPs, has been

proven to be capable of removing/transforming pharmaceuticals during both waste-

water and drinking water treatment [20, 51, 54, 62]. It has been also found

that ozonation is more effective than chlorine and UV treatment [63], and its

efficacy is often independent of initial pollutant concentration [47, 64, 65]. Ozona-

tion (2.5 mgL_1) was highly effective (>70%) for all the studied pharmaceuticals

detected in untreated waters of 20 DWTPs from geographically diverse locations

across the United States in a study by Snyder et al. [63]. Westerhoff et al. [17]

reported very high removal, i.e., >80%, of all the studied pharmaceuticals (various

NSAIDs, antibiotics, etc.) by ozonation during the bench-scale water treatment.

Only ibuprofen that has an electron-withdrawing functional group on the aromatic

ring was removed with a slightly lower efficiency [17]. Bench-scale experiments

conducted with surface waters, spiked with 16 pharmaceuticals and EDCs,

provided evidence that ozone is effective (>80%) for removing trace organic

contaminants from water with ozone doses typically applied in drinking water

treatment [62]. Hollander et al. [46] studied the removal of 220 micropollutants

in the full-scale municipal WWTP upgraded with postozonation followed by

sand filtration. They found that ozonation contributed 40–50% (for naproxen,

benzotriazole, atenolol, clarithromycin), 60–70% (for metoprolol, 5-methylben-

zotriazole, sulfamethoxazole), and >80% (for diclofenac, carbamazepine,

trimethoprim) to the elimination of the whole wastewater treatment process

(relative to the influent concentration). Compounds with high rate constants

(>104 M�1 s �1), such as carbamazepine, diclofenac, macrolide antibiotics, and

sulfonamide antibiotics, that have aromatic systems, amine moieties, or double

bonds, were oxidized to concentrations below limits of quantifications. Similar

results concerning the oxidation of carbamazepine were reported in the literature

[66, 67]. Dimethylamino functional group in the molecule of macrolide

antibiotics is the target of the oxidation by ozone, and it makes these molecules

easily eliminated even at low ozone dose [68]. They also found that

clarithromycin was oxidized by ozone mainly to the corresponding N-oxides

that were no longer biologically active. On the other hand, Radjenovic et al.

[69] identified six transformation products of roxithromycin, whereas two
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products exhibited high refractoriness to ozonation. Furthermore, the intact ter-

tiary amine moiety of roxithromycin in these products suggests that the antimi-

crobial activity of the parent compound will be preserved.

While electron-donating functional groups facilitate the oxidation of aromatic

rings, electron-withdrawing groups make the aromatic ring less reactive with ozone

[17]. In order to improve the removal of such compounds (e.g., clofibric acid,

ibuprofen, diclofenac), ozonation is conducted in the presence of hydrogen perox-

ide (O3/H2O2) or under UV irradiation (O3/UV) [20, 54, 70]. During the advanced

ozonation, the oxidation capacity of ozone is increased due to the formation of

hydroxyl radicals that are more powerful oxidizing agents and much less selective

with organic compounds, thus allowing easier transformation of organic

micropollutants [17, 47]. This is the basic principle of AOPs: enhancement of

the formation of reactive moieties that attack organic molecules, oxidizing them

to less complex intermediates. AOPs include homogeneous and heterogeneous

photocatalysis based on near-UV or solar visible irradiation, ozonation, electroly-

sis, the Fenton’s reagents, ultrasound, and wet air oxidation and less conventional

processes like ionizing radiation, microwaves, pulsed plasma, and the ferrate

reagent. Depending on the untreated water characteristics and the treatment objec-

tive itself, AOPs can be employed either alone or coupled with other physicochem-

ical and biological processes [70]. The most popular AOPs applied in combination

are H2O2/UV, O3/UV, H2O2/O3, H2O2/O3/UV, UV/TiO2/H2O2, ultrasound/

Fenton’s reagents, UV/Fenton’s reagent, wet air oxidation/H2O2, and electrolysis/

Fenton’s reagent [71]. They have been widely studied for the removal of various

organic contaminants, including pharmaceuticals, from aqueous solution, but only a

few studies have been focused on drinking water sources, i.e., surface and ground

waters, and AOPs effect on toxicity and estrogenic activity. In general, the

advanced oxidation technologies have been shown to be very effective in removing

pharmaceuticals from water [48]. In comparison with chemical and biological

processes, AOPs might be more environmentally friendly because they neither

transfer pollutants between phases as in adsorption or chemical precipitation nor

produce sludge as in biochemical [72]. In most full-scale water treatment plants,

AOPs usually refer to a combination of processes that involve O3, H2O2, and/or UV

light. Technology selection and the combination of AOPs will depend upon water

characteristics, organic compound properties, and economic costs.

4.3 Physical Disinfection

Physical disinfection of drinking water is mainly carried out through

photodegradation by ultraviolet radiation (UV). Because many pharmaceuticals

have chromophores that absorb UV wavelength, UV irradiation can lead to some

transformation. Comparing to chemical oxidation, such as chlorination, UV disin-

fection has an advantage of minimizing the formation of DBPs [73]. However, at a
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typical (low-energy) UV dose of 40 mJ/cm2 applied for drinking water disinfection,

UV was ineffective for the removal of most target compounds [29]. Higher doses

of UV are usually required to cause any substantial transformation [29, 74]. The

efficiency of UV photolysis can be enhanced in combination with hydrogen perox-

ide, which dissociates into hydroxyl radicals. Such a reactive moiety as hydroxyl

radical induces faster oxidation rates of organic compounds and facilitate the

degradation processes. A number of publications reported excellent removal of

organic micropollutants by UV/H2O2 oxidation in bench-scale experiments

[75–80]. Besides the absorbance spectrum of a pharmaceutical, the efficiency of

UV/H2O2 treatment depends upon the quantum yield of photolysis, the concentra-

tion of hydrogen peroxide employed, and the water matrix [70]. The presence of

NOM in water may induce radicals scavenging and decrease degradation [73, 79].

Nevertheless, Doll and Frimmel [81] suggested that NOM can act as inner filter, as

radical scavenger, and/or precursor of reactive species such as singlet oxygen,

solvated electrons, superoxide anion, hydroxyl radicals, etc., which are able to

degrade anthropogenic organic compounds.

5 Occurrence of Pharmaceuticals in Finished Drinking Water

Few thousands of prescription and over-the-counter pharmaceutical products are

registered and approved for usage nowadays, with around 1,300 unique active

ingredients (Orange book, FDA). They differ in mode of action, chemical structure,

physicochemical properties, and metabolism. For simplicity, all the registered

therapeutic drugs are divided into 14 groups according to the organ or system on

which they act and their chemical, pharmacological, and therapeutic properties –

Anatomical Therapeutic Chemical Classification System (ATC system) (WHO

Collaborating Centre for Drug Statistics Methodology – WHOCC). Due to the

volume of prescription, the toxicity, and the evidence for presence in the environ-

ment, nonsteroidal anti-inflammatory drugs (NSAIDs), antibiotics, beta-blockers,

antiepileptics, blood lipid–lowering agents, antidepressants, hormones, and

antihistamines have been the most studied pharmaceutical groups [82]. Although

there have been many research publications focused on the occurrence, fate, and

effects of pharmaceuticals in the environment, we have data on the occurrence of

only 10% of the registered active compounds, and very few information on their

effects in the environment. Even less information are available regarding the

occurrence and fate of the active and/or nonactive transformation products of

pharmaceuticals.

As pharmaceuticals and their metabolites find their way to the environment

primarily via the discharge of raw and treated sewage from residential users or

medical facilities, most information on their occurrence and fate is related to

WWTPs and the receiving waters. Much less is known about their presence in

DWTPs and finished (tap) water. This can be attributed not only to the

performances of the analytical technologies to detect a diverse range of low levels
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of pharmaceuticals and their metabolites but also to the high costs of the

technologies. The lack of regulations concerning those microcontaminants might

be another reason for the scarce information. The majority of the available data

on the occurrence of pharmaceuticals in surface and ground water, as sources

of drinking water, and tap drinking water come from targeted research surveys

performed in universities or research centers in the USA and the EU. Naturally,

the occurrence of pharmaceuticals and their metabolites/transformation products

will depend on the rate of production, the dosage and frequency of administration

and usage, the metabolism, and environmental persistence, as well as on the

removal efficiency of WWTPs and DWPs. It is also important to mention

that many compounds frequently detected in samples of surface water and ground-

water are not detected in samples of finished water, indicating that DWPs achieve

a quite good level of treatment reducing their concentration below the LOQs

or (a worse case) that the compounds are transformed to intermediates

that are not determined by the used methodologies. Therefore, the analysis of

unknown and/or unmeasured transformation products is very important in order

to understand the fate of pharmaceuticals during DTP, as well as the potential

human-health issues associated with chronic exposure to these compounds through

drinking water [83].

Table 1 shows the occurrence of the selected andmost investigated pharmaceuticals

in drinking water as found in the literature (adopted from [13, 103]). NSAIDs and

antiepilepticsweremostly studied and detected in drinkingwater. NSAIDs are themost

used class of drugs for treatment of acute pain and inflammation. They are administered

both orally and topically and available as prescription and over-the-counter (nonpre-

scription) drugs. High consumption and way of administration of NSAIDs result in

elevated concentration reported in the effluent fromWWTPs, receiving waters, which

then influence drinking water.

Antiepileptic carbamazepine is one of the most studied and detected

pharmaceuticals in the environment. It is heavily or not degraded during wastewater

treatment, and many studies have found it ubiquitous in various environment

matrices (groundwater, river, soil) [104]. Thus, it is not that surprising that carba-

mazepine was frequently detected in drinking water [83–86]. Another antiepileptic,

phenytoin, and one psycholeptic, meprobamate, were also detected in tap water.

Benotti et al. [84] detected these two compounds in more than half of the samples of

treated and tap water, with the maximum concentrations of 16 ng/L and 40 ng/L,

respectively. In this survey, the presence of 20 pharmaceuticals, 25 known or

potential EDCs, and 6 other wastewater contaminants were studied in source

water, treated drinking, and tap water from 19 U.S. DWTPs sampled during

2006–2007. The results showed that 13 of 15 studied distribution systems contained

detectable concentrations of at least one target compound, and no pharmaceutical

was detected in two plants that withdrew water with no direct input of wastewaters.

Phenytoin was also detected in 11 out of 12 analyzed drinking water samples (with

eliminations of 96% during drinking water treatment) in a study carried out by

Huerta-Fontela et al. [16]. They assessed the presence of 42 pharmaceuticals,

including psychiatric drugs, angiotensin agents, antihistaminics, beta-blockers,
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Table 1 Pharmaceuticals detected in tap water worldwide

Therapeutic group Compound Maximal

concentration

detected (ng/L)

References

C03 (Cardiovascular system/diuretics) Hydrochlorothizide 10 [16]

C07(Cardiovascular system/beta-

blocking agents)

Atenolol 23 [16]

0.84 [84]

2 [85]

Sotalol 3 [16]

C10 (Cardiovascular system/lipid-

modifying agents)

Bezafibrate 1.9 [86]

2.2 [85]

27 [87]

Clofibric acid 50–270 [87–90]

10–165 [91]

Low ng/L [92]

5.3 [93]

Gemfibrozil 70 [94]

0.8 [86]

1.2 [84]

M01 (Musculoskeletal system/anti-

inflammatory and antirheumatic

product)

M02 (Musculoskeletal system/topical

products for joint and muscular

pain)

Diclofenac 6–35 [87, 89]

2.5 [95]

<10 [92]

2 [96]

1 [85]

Ibuprofen 3 [87]

0.6 [95]

8.5 [97]

1.3 [85]

1,350 [98]

Ketoprofen 8 [97]

7 [85]

3 [95]

Salycilic acid 19 [85]

N02 (Nervous system/analgesics) Phenazone 250–400 [99, 100]

Propyphenazone 80–240 [89, 99, 100]

Acetaminophen 45 [85]

210.1 [95]

Codein 30 [15]

N03 (Nervous system/antiepileptics) Phenytoin 16 [84]

10 [16]

Carbamazepine 24 [94]

140 [15]

43.2 [95]

9.1 [86]

258 [83]

10 [84]

32 [85]

60 [89]

10,11-epoxy-

carbamazepine

2 [16]

(continued)
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and cardiac agents; 6 EDCs; and 6 main metabolites in a full-scale DWP which

included exhaustive treatments such as ozonation and granular activated filtration

GAC. Only five pharmaceuticals were found in finished waters at ng/L levels.

Besides phenytoin, atenolol and hydrochlorothiazide were detected in almost all

the analyzed samples, in low ng/L concentrations.

Other compounds commonly detected in samples of drinking water belong to

beta-blocking and lipid-regulating agents. As NSAIDs, beta-blockers are not highly

persistent, but they are present in the environment because of their high volume of

use. Due to the same mode of action of beta-blockers, it has been found that the

mixture of beta-blockers showed concentration addition indicating a mutual spe-

cific nontarget effect on algae [105]. These compounds are generally found in

aqueous phase because of their low sorption affinity and elevated biodegradability

[106]. Atenolol has been frequently identified in wastewaters in concentrations

ranging up to 1 mg/L [107]. As a result of the incomplete removal during conven-

tional wastewater treatment, this compound was also found in surface waters in the

ng/L to low mg/L range [108]. It was not detected in the finished water from

DWTPs employing ozone. However, 18–75% of the atenolol concentrations

measured in source water of seven plants employing chlorine (and no O3) indicated

that it may not be efficiently removed by chlorine [84]. Huerta-Fontela et al. [16], as

well, reported poor removal of atenolol during chlorine treatment. However, this

compound was more persistent towards ozonation, despite its reactive secondary

amine moiety, and they found it in 10 out of 12 finished waters in average

concentration of 12 ng/L (max 23 ng/L).

Clofibric acid is a pharmacologically active metabolite of lipid-lowering agents

clofibrate, etofyllin clofibrate, and etofibrate. Among lipid-lowering drugs and

pharmaceuticals, in general, this is one of the most frequently detected in the

environment and one of the most persistent drugs, with an estimated persistence

in the environment of 21 years [82]. It has been detected in the ng/L range

concentrations in influent, without big difference in the concentrations at the

effluent. Low ng/L concentrations of clofibric acid, but still detectable, i.e.,

3.2–5.3 ng/L, were found in finished water from DWTP in Lodi, Italy [93]. This

drug was detected in samples of potable water collected from DWTPs from Berlin

area, in concentrations up to 270 ng/L [90]. It was shown that the concentrations of

clofibric acid found in tap water samples of the individual DWTPs correlate well

Table 1 (continued)

Therapeutic group Compound Maximal

concentration

detected (ng/L)

References

N05 (Nervous system/psycholeptics) Diazepam 10 [101]

23.5 [93]

Meprobamate 40 [84]

5.9 [102]
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with the proportions of ground water recharge used by the particular water works in

drinking water production [109].

Among the most frequently prescribed drugs are also antibiotics, used in both

human and veterinary medicine. High global consumption of up to 200 thousand

tons per year [110] and high percentage of antibiotics that may be excreted without

undergoing metabolism (up to 90%) result in their widespread presence in the

environment [111]. Sulfonamide, fluoroquinolone, and macrolide antibiotics show

the highest persistence and are frequently detected in wastewater and surface waters

[111]. A macrolide antibiotic – erythromycin – is one of three pharmaceuticals

included in the final US EPA report CCL-3 from September 2009 as priority drinking

water contaminant, based on health effects and occurrence in environmental waters

[3]. Tylosin, azithromycin, and roxithromycin were detected in finished waters from

two DWTPs in the upper Scioto River Basin, Ohio, USA [112]. Tylosin, many times

used as a growth promoter for livestock, has been also detected in drinking water

fromDWTPLodi, Italy, in the range from 0.6 to 1.7 ng/L [93]. Although a number of

antibiotics, belonging to different families, were detected in source waters, they

were not detected in finished water or were present in much lower levels in finished

waters in North Carolina, USA [113]. Watkinson et al. [114] studied the occurrence

of 28 antibiotics in watersheds of South East Queensland, Australia, and they did not

find any antibiotic above detection limits in any of the drinking water samples.

However, no data are available to confirm whether the antibiotics were removed or

just transformed during drinking water treatment.

As shown in the preceding paragraphs, pharmaceutical compounds have been

detected in very low ng/L concentrations in finished waters. It is clear that that the

concentrations of individual compounds in finished waters are far below doses used

in therapy. For example, with a minimal single therapeutic dose of carbamazepine

of 100 mg (a dose ranges from 100 to 1,600 mg), a person would need to take

around 400 thousand liters of water that contains the maximum reported concentra-

tion for carbamazepine in finished water, i.e., 258 ng/L (Table 1), to ingest the

therapeutic dose. To date, there is no evidence that exposure to low concentrations

of pharmaceuticals, through drinking water or fish consumption, is harmful to

human health. Nevertheless, most of the data come from the acute toxicity studies

for individual pharmaceutical compounds, and little is known about potential health

effects associated with long-term chronic ingestion of low concentrations through

drinking water [115, 116]. A major issue is to assess the effects of a mixture of

pharmaceuticals, their metabolites, and/or transformation products (potentially)

present in freshwater. Additionally, there are also other trace organic compounds,

among which is a variety of by-products that may be occurring in water due to

anthropogenic activities. Risk assessment studies concerning the human health

impact of pharmaceuticals generally have healthy adults as the targeted population

but do not take into consideration more sensitive population such as children,

pregnant women and fetus, and allergic people [117]. Although the risk to health

arising from exposure to pharmaceuticals in drinking water appears to be small,

more research is necessary to properly evaluate the issue before drawing final

conclusions.
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6 Conclusion

Nowadays, research shows that pharmaceutical residues at trace quantities are

widespread in the environment. They have also been detected in drinking water,

though in very low ng/L concentrations. This indicates that the applied water

treatment technologies are not efficient enough to eliminate pharmaceuticals from

natural waters used as drinking water sources. The removal of pharmaceutical (and

other organic) compounds will depend not only on their physicochemical and

biological properties but also on source water characteristics, operational

conditions, and treatment technology used. It is very difficult to predict an outcome

of such a multifactor system. Even more difficult is to assess human health risks

from exposure to innumerable pharmaceuticals and their transformation products

that might be present in drinking water. So far, the results of scientific reports point

out that it is unlikely that any serious risk can arise from low concentrations of

pharmaceuticals found in drinking water. Anyhow, more information on quality,

quantity, and toxicity of mixtures of pharmaceuticals and their metabolites are

definitely needed before drawing any conclusion on the risk to human health

from long-time exposure to low concentrations of these microcontaminants via

drinking water. Studying more, it seems like the gaps in our knowledge about

pharmaceuticals in the environment and drinking water are becoming deeper.
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Sulfonamide Antibiotics in Natural and Treated

Waters: Environmental and Human

Health Risks

Marı́a Jesús Garcı́a Galán, M. Silvia Dı́az-Cruz, and Damià Barceló

Abstract Concern regarding the environmental presence of sulfonamides and

other species of antibiotics has focused mainly on the potential spread of antimi-

crobial resistance. However, their biological activity and high resistance to biodeg-

radation may lead to long residence times in both water and soil matrices. Treated

waters represent one of the main entrance pathways of these antimicrobials into the

environment, and their potential impact in the aquatic ecosystems should be fully

understood and investigated. Long-term ecological risks and unpredicted effects

can result from unintentional exposure of different organisms and even human

health could be negatively affected. This chapter aims to review the current

knowlegde regarding sulfonamides ecotoxicity and to highlight the need for further

data on the fate and ecotoxicity fo this family of antibiotics.
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1 Sulfonamides in the Environment: An Introduction

Nowadays, tons of different classes of pharmaceuticals products enter the environ-

ment on a regular basis after their usage and excretion [1]. In a society exerting an

increasing pressure on the natural resources, water ecosystems are considered one

of the most vulnerable elements. As basically, nearly any human activity results in

the generation and emission of substances of anthropogenic origin which eventually

end up in natural waters, to preserve and maintain its quality is one of the greatest

environmental challenges to be faced. The increasing demand of quality drinkable

water makes a sustainable water resource management essential, requiring protec-

tion of water resources from those persistent or toxic anthropogenic compounds. In

Europe (EU), the EUWater Framework Directive (WFD) has aimed to gather these

concerns and objectives and specifies the need to monitor different organic

pollutants in surface waters as an informative step to protect and improve the

quality of the European water resources [2].

The quantity and quality of synthetic chemicals are continually changing.

Amongst them, pharmaceuticals (PhPs) have become one of the most intensively

studied categories in the last decades [1, 3–5]. Developed to perform a biological

effect in the patient or animals at very low doses, some of their general physico–

chemical properties, such as polarity, liposolubility (they can go through biological

membranes), and persistence in order to stay active can make them very prone to

bioaccumulate and capable to provoke undesired biological effects in the environ-

ment, even at small concentrations [6]. At present, approximately 3,000 pharma-

ceutical ingredients are used in the European Union (EU), including antibiotics,

beta-blockers, lipid regulators, antidepressants, and many more [1]. Special atten-

tion has been devoted to the environmental risks associated to the widespread

occurrence of antibiotics in the aquatic environment, due mainly to their high

potency and also to their high consumption rates. Although information on their

usage is not available to the general public either in the United States (US) or in the

European Union (EU), estimations indicate sales over the 16,000 t in US in 2001, of

which 9,300 t are used in animal feeding operations [2]. The annual consumption of

antibiotics in the EU in 1999 was 13,288 t in total, with 29% for veterinary

medicine, 6% as antibiotic feed additives, and 65% in human medicine [7].
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Sulfonamides (SAs) constitute one of the most consumed antimicrobial families.

They are synthetic antimicrobial agents, derivatives of sulfanilamide, which are

used mainly in aquaculture [8–10] and intensive livestock farming [11, 12] but also

in human therapies, to treat many kinds of infection caused by bacteria and certain

other microorganisms (urinary tract infections, ear infections, bronchitis, bacterial

meningitis, certain eye infections, Pneumocystis carinii pneumonia, traveler’s

diarrhea, and more) [13, 14]. However, more relevant quantities are now being

used in veterinary medicine [9, 15]. In the European Union (EU), they are the

second most widely used family of veterinary antibiotics, after tetracyclines,

accounting for 11–23% of the sales in several other European countries [2].

Their mode of action consist on the inhibition of the biosynthetic pathway of folate

(an essential molecule required by all living organisms) [13]. Many research

publications have demonstrated that SAs are ubiquitous in the environment, in

both aqueous and solid matrices [15–21]. After administration, residues of SAs that

have not been completely metabolized, together with their transformation products

and metabolites, can reach the environment by several pathways [6]. In the case of

human intake, SAs may enter the environment indirectly through the discharge of

effluents of wastewater treatment plants (WWTPs), disposal of unused or expired

products (directly into the domestic sewage system), and burial in landfills and

accidental spills during manufacture [22–27]. Another entrance pathway is the

application of biosolids from WWTPs in agriculture fields as nutrient amendment,

as they may contain certain amounts of sequestered SAs and other PhPs [28].

Regarding veterinary use, animal excreta is considered one of the major entrance

pathways in the environment for SAs (Fig. 1). Residues of these antimicrobials

have been detected in manure from medicated animals at concentrations ranging

from 8.7 mg/kg for sulfamethazine (SMZ) to 12.4 mg/kg for sulfathiazole (STZ)

[29]. Depending on the drug and the animal age, up to 50–90% of the administered

dose can be excreted in the parental form (9–30%) or metabolized [4, 30]. Manure

is regarded as a very valuable fertilizer, as it contains essential nutrients for plant

growth such as nitrogen, phosphorous, organic carbon, or potassium, and its organic

material can improve soil quality. Therefore, it is frequently applied as nutrient

amendment in agriculture and this extensive use is among the major routes by

which veterinary SAs, and veterinary antibiotics in general, enter the environment

on a cyclic basis [11, 19, 31–35].

After being released in the environment, and due to their high solubility and

generally low weak sorption to soil tendency (Kd), SAs become very mobile

contaminants [36–38]. Once on the topsoil, the excreted residues of SAs may reach

surface waters during run off episodes or percolate and contaminate the groundwater

bodies underneath [19, 39]. This possibility has already been proved in several

publications, showing the presence of SAs at different concentrations in groundwater

from various sites close to animal farming facilities [40–47]. This diffuse pollution

from agricultural fields is difficult to prevent and deal with due to the large areas of

application.
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2 Environmental Occurrence of Sulfonamides

2.1 Presence of Sulfonamides in Wastewater Treatment Plants

In urban ecosystems, wastewater treatment plants (WWTPs) are considered the

main entrance pathways for SAs (amongst other PhPs). In the last few years, there

has been a noticeable increase in the number of scientific works devoted to evaluate

not only their presence but also their fate in influent and effluent wastewaters

[48–53]. The SAs loads in these effluents and indirectly the estimation of removal

efficiencies (RE%) of the WWTPs provide very valuable information about the

potential impact of these substances on the receiving streams and aquatic

ecosystems. As mentioned in the introduction, incomplete removal of many of

these compounds after secondary biologic treatment (conventional activated sludge

(CAS)) can be directly linked to their presence in surface waters, sediments, and

soils. Due to their high mobility, they could also eventually reach groundwater

bodies. Furthermore, application of WWTP sewage sludge as organic amendment

in croplands represents another environmental input for these compounds [54, 55].

Data on the removal of SAs during wastewater treatment is still scarce. Sulfa-

methoxazole (SMX), sulfapyridine (SPY), and sulfadiazine (SDZ), commonly used

in human medicine, are the SAs most frequently detected in most of the WWTP

monitoring studies, specially SMX and SPY, which usually account for most of the

Veterinary use
(Intensive cattle

farming)

Manure

Soil

Human use

Wastewater treatment
plants

Wastewater

Unused or
expired drugs

Landfill

Disposal

Surface waters Groundwater

Drinking waterSediments

Surface waters Ground water

Drinking waterSediments

Fig. 1 Main entrance pathways of sulfonamides (and pharmaceutical products) into the

environment

74 M.J. Garcı́a Galán et al.



influent load and present the highest concentrations in both influent and effluent

samples (maximum concentrations detected were up to 650 ng/L for SMX and

532 ng/L for SPY [49, 51, 56, 57]). Thus, the removal of these two SAs during the

different wastewater treatments is critical to reduce the total SAs concentration in

the effluents. RE% values found in the literature are hard to interpret, as they range

from negative removals to 100% elimination. SDZ was in average the SA

eliminated most efficiently, whereas SPY showed intermediate to high removal

efficiency (RE%) values. SMX showed both RE% higher than 50% and also

negative values in many WWTPs, meaning that higher concentrations are detected

in the effluents than in the influent wastewaters. This fact is usually attributed to the

presence of SA conjugates and metabolites, which are not comprised within the

scope of the different studies; these conjugates can be transformed back during

treatment into the original compound, as demonstrated recently [56] and could

therefore explain higher concentrations of the different SAs in effluents than in

influent waters [51, 58]. Only recently some acetylated metabolites of SAs (which

are the majority metabolites) have been included within the scope of different

monitoring studies. As expected, the acetylated moieties of SMX and SPY have

been frequently detected and in high concentrations (up to 522 ng/L for

N4-acetylsulfaprydine (AcSPY) and 94.6 ng/L for N4-acetylsulfamethoxazole

(AcSMX)), together with other minor acetylated metabolites such as N4-acetylsul-

fadiazine (AcSDZ) or N4-acetylsulfamerazine (AcSMR) [49, 51, 56, 57, 59, 60].

The relevance of including these metabolites in future surveys is evident and its

oversight would lead to an underestimation of the real total SAs concentration.

Alternative secondary treatments, such as membrane bioreactors (MBRs) have

proved not to be especially good in SAs removal, in particular for SMX and SPY,

the two most relevant SAs in terms of frequencies of detection and concentration.

Recent works demonstrated that although elimination rates for SMX were higher in

the MBRs than in CAS, removal was only partial as nearly half of the SMX input

could still be detected in their respective effluents [59, 61–63]. But again, MBRs

showed to be more effective than CAS for other SAs, such as SDZ, which was

completely removed after MBR treatment, whereas it was removed only 49%

during the CAS treatment. Regarding acetylated metabolites, N4-acetylsulfa-

methazine (AcSMZ) showed a similar pattern with a 54% removal in the CAS

reactor and 100% in MBRs [59]. Tertiary treatments such as ozonation and

nanofiltration have demonstrated high efficiencies in SAs removal [64–68], but

still its application in WWTPs is scarce and the fate of the transformation products

generated unknown [69].

2.2 Presence of Sulfonamides in Surface Waters

The intensification of wastewater inputs on the receiving streams is one of the direct

consequences of an increasing population worldwide. As a result, an excess of

nutrients together with a wide range of pollutants are constantly reaching natural
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waters and threatening their natural ecological equilibrium. The low natural bio-

degradation of SAs and low tendency to adsorb to solid matrices (from the river

bed) [5, 70] have resulted in their frequent detection in river waters and, generally,

to concentration gradients from the source to the mouth of the water course, as

rivers usually receive SAs inputs, both agricultural and urban, all along the basin.

When interpreting the obtained data, seasonal changes should also be taken into

account. Generally, the highest concentrations of human SAs (SMX, SPY) are

expected during the dry seasons, as the dilution exerted by the receiving streams

is lower. During the rainy season, whereas these concentrations would be more

diluted, run off from irrigated rural areas may increase the concentrations in

freshwater of veterinary SAs (sulfadimethoxine (SDM), SMZ, or SDZ), denoting

its run off origin from crop lands after heavy rain periods [71–74]. In some

occasions, the release of untreated wastewaters due to strong rainfall events can

also lead to higher concentrations of human SAs than expected [75]. Cold

conditions can also contribute to higher concentrations due to reduced biodegrada-

tion of these contaminants in water [76]. SMX was detected in the main European

water courses: in the Ebro River Basin (1.9–35.6 ng/L,), in the Douro River in

Portugal (53.3 ng L �1 maximum concentration), in the Seine River (37–140 ng/L),

and in the Elbe River (30–70 ng/L) [49, 74, 75, 77, 78]. The presence of SAs not

only in surface water samples but also in their sediments [16, 18, 72, 76, 79, 80],

despite their low Kd values, highlights the vulnerability of the river ecosystems

against these antimicrobials. Furthermore, as mentioned in section 2.2 the presence

of SAs metabolites such as their acetylated or glucuronidated moieties has been

already demonstrated and should be considered when estimating the total amount of

SAs present in this matrix. For instance, AcSMX has been detected in natural

streams at higher frequencies and concentrations than its parent molecule [81].

Likewise, the potential bioactivity and ecotoxicity of these metabolites against the

different ecosystem communities should also be taken into account. It has been

recently proved that AcSPY is more toxic than the parent compound to aquatic

bacteria [57], and the same could apply for other metabolites and transformation

products.

Some rivers, such as those in the Mediterranean region, usually present low

natural base flows due to the characteristic long draught periods. The Llobregat

River is an illustrative example of the hydrological pattern of Mediterranean rivers.

It is subjected to heavy anthropogenic pressure, receiving extensive industrial and

urban discharges from more than 50WWTPs (137 Hm3/year; 92% from wastewater-

treatment plants) [82]. These inputs are only partially diluted by its natural flow

(0.68–6.5 m3/s basal flow) and play a major role in both the hydrology and the

presence of pollutants in the basin. Furthermore, 30% of the annual discharge of

the river (693 Hm3) is used for drinking water supply, including the city of

Barcelona. SAs levels detected in this river were over two orders of magnitude

above the average values obtained in continental rivers (in the range of mg/L).
Highest concentrations were detected in the low course of the river and near its

mouth [60].
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3 Environmental Concerns

Although environmental levels detected so far are generally low and regarded as

harmless, SAs are being continuously introduced into the environment and

concentrations previously considered innocuous may pose a risk to the different

environmental compartments, even when these compounds have been evaluated as

safe for human and veterinary use. So far, environmental research on antibacterial

compounds has focused mainly on the bacterial resistance acquired against

antibiotics in aquatic and soil bacterial communities, which has become a well

documented fact. SMX, as the most ubiquitous SA, has been investigated in a

higher number of studies. It turned out to be one of the less active antibiotics against

Aeromonas spp., typical waterborne bacteria, isolated from two rivers and also

against different Enterobacteriaceae strains (representative of the human and ani-

mal flora) [83]. A recent study, on the contrary, reported higher frequencies of SMX

resistant bacteria belonging to Aeromonas spp., than macrolides-resistant bacteria

(up to 94.44%) [84]. The Acinetobacter genera were also affected by the presence

of SMX amongst other SAs, and a clear correlation was observed between SMX

environmental concentration and occurrence of SMX-resistant bacteria. This corre-

lation was also established by Luo et al. [85], who found SAs resistant genes in

surface water and sediments samples. The concentration of these genes was up to

1,200 times higher in sediments, indicating that they can be considered as important

antibiotic resistance genes (ARGs) reservoirs. SAs may have both qualitative and

quantitative effects upon the resident microbial community found in sediment,

which can in turn affect the degradation of organic matter. In sediments beneath

fish farms the exposure is direct, as antibiotics are directly added to receiving waters

and up to 70–80% of the dose administered enter the environment. WWTP effluents

have been considered as ARG sources in different works too [86–88]. The use of

reclaimed water or surface water for irrigation purposes could mean the transfer of

these ARG to crop fields and the corresponding ecosystems [89]. Multi-resistance

has also been reported for different SAs being simultaneously present in the same

sampling site [72]. Regarding soils, veterinary SAs have been more thoroughly

studied. They can accumulate in this matrix due to repeated application of manure

(during the growth period of the crops) and concentrations detected, although in the

subtherapeutic range, can reach the level of the minimum inhibitory concentrations

for relevant soil bacterial species [35, 70, 90, 91]. Sorption in soils for SAs varies

considerably and concentrations detected range from 0.5 to 6.5 ml/kg [70]. The

antibiotic potency of SAs could be diminished or changed when degradation takes

place. Temperature and moisture content of the soil, the timing of manure applica-

tion, as well as prevailing weather conditions can determine the mobility and fate of

SAs in the environment [92, 93]. Other factors that can influence the mobility of

SAs and veterinary medicines in general are preferential flow via desiccation cracks

and worm channels to the tile drains, as recently demonstrated in a field study in the

United Kingdom [37, 94, 95]. As it is generally assumed that SAs enter the soil with

manure and the pH of manure is usually alkaline, SAs would occur mainly as
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anionic species, resulting in a decrease in antibacterial activity as it takes a few days

before soil adjusts and returns to the previous pH value [96]. Whether the

antibacterial activity of a given SA reaches an ecologically significant level will

therefore depend not only on the absolute concentration but also on speciation

which can be altered, as can their tendency to sorb to soil, their bioavailability and

their antimicrobial activity [97]. As a competitive process, sorption to soil increased

with decreasing pH and resulted in decreased bioavailability [98].

3.1 Human Exposure to Sulfonamides

SAs act as structural analogs of p-aminobenzoic acid, inhibiting the biosynthetic

pathway of folate in bacterial cells and therefore limiting their growth. In mammals,

folate is acquired from diet and therefore SAs are not known to have any major

toxic effect. The risk to humans from direct exposure to SAs residues in food

products from medicated animals has been thoroughly assessed. EU Council

Regulation EEC 2377/90 lays down a procedure through the European Medicines

Evaluation Agency [99] to establish maximum residue limits (MRLs) of veterinary

medicinal products in foodstuffs of animal origin. For SAs, a definitive MRL has

been established for parent drugs – 100 mg/kg in target tissues (muscle, fat, liver and

kidney) and also in milk from bovine, ovine, and caprine species. The sum of all

SAs residues detected should not exceed 100 mg/kg [100]. However, the potential

extent of any indirect human exposure to SAs present in the environment, with the

potential consequences for human health, has not been legally established yet. The

lack of ecotoxicological data may be one of the main reasons for the absence of

European regulation regarding adverse effects of SAs or other antimicrobial

substances. Parallel studies have been published recently aiming to propose risk

hierarchies for pharmaceutical products. For instance, Capleton et al. created an

interesting scheme to prioritize the risk posed by veterinary medicines on the basis

of their potential for indirect human exposure via the environment and their toxicity

profile [101]. SDZ was classified within the substances group requiring priority

detailed risk assessment, whereas SMZ was considered a substance of very low

priority. Similar works have followed, aiming to establish a ranking of veterinary

medicines based on their environmental risk. Kools et al. [102] used the data on SAs

consumption as an indicator of its potency to predict ecotoxicological effects. In

this study, SDZ was the only SA showing with a very high risk index in soil

ecosystems near intensive rearing facilities and pasture, although no direct effects

on humans were highlighted.

Humans may be exposed to residues of veterinary medicines in the environment

(i.e., soil, water, and sediment) by four main exposure routes:

(a) Crops that have accumulated substances from soils as a result of exposure to

contaminated manure and slurry: the potential uptake of PPCPs into crops is

increasingly being recognized, and calculations by Boxall et al. [104] indicate
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that foodborne exposure may be much more significant than drinking water.

Because of their stability, SAs are supposed to maintain significant residual

activity and their potential toxicity in animal manure for long periods of time.

As mentioned in previous sections, after application of manure, SAs are very

likely to reach surface waters and groundwaters. These contaminated waters

may be used for irrigation and consequently taken up directly or indirectly by

plants to meet their evapotranspiration and photosynthesis requirements [105].

Although it has been demonstrated that SAs showed a strong initial sorption to

soil [96], these sorbed amounts will eventually be released to the soil solution

and may be taken up by plants. Both toxicity and bioaccumulation of SDMwere

studied for different terrestrial plants by Migliore et al. [106–108]. SDM

affected the post-germinative development of barley, millet, corn, and cosmo-

politan weeds. Bioaccumulation in roots and stems was also demonstrated,

being higher in roots. In all cases, concentrations tested were higher than

those environmentally relevant (300 mg/L) and are unlikely to occur in soil.

Forni et al. [109] observed that SDM altered the morphology of Azolla spp., but
was capable of removing up to a 88.5% of the total amount of the initial SDM

concentration. Uptake investigation with carrots or lettuce leaves showed that

these vegetables were not affected by the presence of SAs [104]. SMZ was

taken up by crops, with concentrations in plant tissue ranging from 0.1 to

1.2 mg/kg dry weight. After 45 days of growth, this concentration represented

less than 0.1% of the amount applied to soil in manure [110]. These results

manifested that there was little evidence of an appreciable risk, although it

would directly depend on the acceptable daily intake values of the crop.

Prolonged periods of exposure or different simultaneous routes of exposure

may eventually lead to negative effects on the plant. However, all these works

suggest that for the study compounds exposure of consumers to veterinary

medicines in soils via plants is likely to be considerably below the acceptable

daily intake and that the risk to human health is probably low.

(b) Fish exposed to treatments used in aquaculture: data on SAs bioaccumulation is

scarce. It was demonstrated that SDM tended to accumulate in brine shrimp

Artemia with the potential implications for the rest of the food chain in the

marine community [107]. Hou et al. [111] studied SMZ bioconcentration and

elimination in sturgeon (Acipenser schrenkii), and results indicated the little

environmental relevance. Bioaccumulation of SMZ was considered to be of

little environmental concern and the drug was therefore not expected to

bioconcentrate in tissues consumed by humans or to biomagnify in fish con-

sumed by other fish predators. Similar results were found in mosquito fish or in

fish residing in effluent dominated or influenced water bodies, in which SMX

was not detected in either fish tissues or liver [112].

(c) Livestock that have been medicated: other possibility was that exposed by

Hamscher et al. regarding exposure via inhalation of dust emitted from inten-

sively reared livestock facilities [113].

(d) Abstracted groundwater and surface waters containing veterinary medicines: as

mentioned in the previous sections, the occurrence of veterinary antibiotics in
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groundwater close to livestock feeding operation facilities or to soils fertilized

with liquid manure have been frequently reported [20, 21, 96, 114, 115] with

concentrations in the mg/L.

The only legally established restrictive measure up to date comes from the

European Medicines Agency (EMEA), which requires that an environmental risk

assessment (ERA) is presented together with an application for marketing authori-

zation for a new medicinal product for human use [99]. Although this process was

designed as a part of the process for registering new drugs, risk-assessment

guidelines that include information on predicting levels of drugs in the environment

can be used to prioritize the risk from drugs that are already in use and to assess

the potential impact of drugs yet to be released [49, 52, 116–119]. The ERA

protocol is a two-phase tiered process consisting of a first phase assessment of the

environmental exposure to the drug substance, and a second phase in which

information about the physical/chemical, pharmacological, and toxicological

properties are obtained and assessed in relation to the extent of exposure of the

environment. It begins with an approximate calculation of the predicted environ-

mental concentration (PEC) of the new drug in surface water (see Fig. 2). If the PEC

estimation is below 0.01 mg/L and no other environmental concerns are apparent, it

is assumed that the medicinal product is unlikely to represent a risk for the

environment. However, if the PEC surface water value is above 0.01 mg/L a

Phase II environmental effect analysis should be performed, during which standard

Yes No
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(Substance to be evaluated)

Calculation of the
Predicted Environmental Concentration

(PEC)

Initial environmental fate and effect analysis
- Physicochemical properties and fate assessment
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Alga, Growth Inhibition Test

Daphnia sp.: Acute Immobilisation Test and
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PNEC ESTIMATION
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Fig. 2 Scheme of the tiered approach of the European Medicines Evaluation Agency (EMEA) for

environmental risk assessment
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acute toxicity tests will be carried out in order to estimate predicted no-effect

concentration (PNEC) or non-observed effect concentration (NOEC) [99]. Both

end points are the estimation of the concentration of the drug for which adverse

environmental effects are not expected. Finally, the ratio of the PEC to PNEC,

known as the hazard quotient (HQ), indicates whether a potential environmental

impact is implicit or not. It is so when HQ > 1, meaning that further testing might

be needed to refine both PEC and PNEC values. If HQ < 1, no further testing is

required. It is also recommended that, when the total concentration of metabolites is

greater than the 10% of the concentration of the corresponding parent drug, the

metabolites are also to be further investigated (phase II tier B) in order to determine

their ecotoxicological effects. PNEC is established using data from relevant envi-

ronmental toxicity tests. When PNEC values are not available, an alternative PNEC

can be derived by dividing the half maximal effective concentrations (EC50) or

median lethal concentration (LC50) values (acute toxicity data) by an uncertainty

factor of up to 1,000 [120], and so converting acute to chronic toxicity values, since

data on chronic toxicity for SAs is lacking. Likewise, measured environmental

concentrations (MECs) are used in the calculation instead of PECs. In order to set

up a worst case scenario, MEC values used corresponded to the maximum values

detected in this study whereas EC50–LC50 values used were the lowest found in the

literature. The taxonomic levels tested are intended to serve as indicators for the

range of species present in the aquatic environment. Table 1 summarizes the HQ

values reported to date in the literature. SMX, as one of the most consumed SAs in

human medicine, has been reported most frequently and is usually considered

ecologically harmful.

The EMEA Committee for Medicinal Products for Veterinary Use (CVMP)

established similar guidelines to those for human pharmaceuticals, to assess the

potential for veterinary medicines to affect nontarget species in the environment,

including both aquatic and terrestrial species [123].

3.2 Ecosystems Vulnerability to Sulfonamides

Undoubtedly, the decline of vulture populations in Pakistan due to the uptake of the

anti-inflammatory diclofenac has been the best documented example of toxicity of

PhPs in the environment. This anti-inflammatory drug caused major kidney

diseases in the birds scavenging on dead cattle medicated with this drug [124].

Although in the EU there is no registry of all veterinary medicinal active

substances, the increase in the number of confined animal-feeding operations

(CAFOs), which often lack proper waste management practices, can be considered

the main reason for the increase in the use of SAs and other veterinary antibiotics

and, therefore, the greater occurrence of these substances in the environment.
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Table 1 Estimation of hazard quotients (HQ) for different sulfonamides following the EMEA

guidelines

SA MEC REFMEC PEC Taxa PNECacute REFPNEC HQ

SMX – 0.95 0.146 [76] 6.3

0.4 119 0.03 [119] 13.4

– – 0.31 0.027 11.4

– – 0.31 0.59a 0.5

– – 1.6 Blue green algae 0.027 59.3

– – 1.6 0.59a [101] 2.7

0.0356 49 – 0.027 1.32

0.284 57 – 0.027 10.52

4.3 61 – 0.027 159.26

0.0356 49 – 78.1 <0.001

0.284 57 – V. fischerii 78.1 [36] 0.004

4.3 61 – 78.1 0.005

0.0356 49 – 0.001

0.284 57 – Daphnids 25.2 [121] 0.011

4.3 61 – 0.171

0.0356 49 – <0.001

0.284 57 – Fish 562.5 [125] <0.001

4.3 61 – 0.008

AcSMX 0.094 57 Blue green algae 101 [122] <0.001

SPY 0.042 49 – 0.002

0.177 57 – V. fischerii 27.4 [57] 0.006

0.092 61 – 0.003

ACSPY 0.522 57 V. fischerii 8.2 [57] 0.064

SMZ 0.065 49 – <0.001

0.0364 57 – V. fischerii 344.7 [36] <0.001

2.48 61 – 0.007

0.065 49 – <0.001

0.0364 57 – Daphnids 147.5 [108] <0.001

2.48 61 – 0.017

0.065 49 – <0.001

0.0364 57 – Fish 110.7 [76] <0.001

2.48 61 – 0.022

STZ 0.009 49 – <0.001

0.07 57 – Blue green algae 16.32 [108] 0.004

0.96 61 – 0.059

0.009 49 – <0.001

0.07 57 – V. fischerii 1,001 [36] <0.001

0.96 61 – 0.001

0.009 49 – <0.001

0.07 57 – Daphnids 78.9 [108] <0.001

0.96 61 – 0.012

0.009 49 – <0.001

0.07 57 – Fish 101 [107] <0.001

0.96 61 – 0.010

SDZ 0.286 57 – Blue green algae 1.225 [108] 0.233

(continued)
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3.2.1 Toxicity of Sulfonamides in Aquatic Ecosystems

Whether or not SAs are biodegraded in the aquatic environment would settle the

very first step for a complete environmental risk assessment. As described in the

previous section, SAs seem to resist biodegradation in WWTPs even in media with

high microbial activity (activated sludge). Wastewater bacteria could be considered

the first organisms to be potentially affected by antibiotics and SAs from human-

medicine treatments. For instance, the presence of SMX resulted toxic for the CAS

colony forming units [126], inhibited nitrite-oxidizing bacteria cultures [127], and

also the methanogenes process to a certain extent [128]. Whereas SAs are probably

not harmful to humans at the environmental concentrations detected so far (usually

at the ng/L level), once discharged from WWTPs they become potential

micropollutants to key living organisms in aquatic ecosystems (e.g., fish, aquatic

invertebrates, and unicellular algae). All these diverse species belonging to differ-

ent trophic levels may be exposed and negatively affected. Toxic effects in primary

producers may imply loss of the whole food-chain structure, as they represent a

significant portion of the total biomass of the ecosystem and are important as a

source of carbon for the rest of the aquatic biosphere. Table 2 provides an overview

of the estimated values for the most usual toxicity indicators found in the literature.

Despite the lack of toxicity data available, it has been demonstrated that microalgae

are more sensitive than crustaceans and fish to antibacterial agents. However, at

concentrations reported in surface water (ng/L level), SAs are generally considered

unlikely to be toxic to algal growth. On the other hand, belonging to the same

family of compounds implies similar molecular structure and modes of action, so

“concentration addition” or synergistic effects could be expected. It is necessary to

take into account that the degradation products of SAs may also be involved in the

Table 1 (continued)

SA MEC REFMEC PEC Taxa PNECacute REFPNEC HQ

AcSDZ 0.067 57 – Blue green algae 101 [122] <0.001

SDM 0.023 49 – 0.010

0.001 57 – Blue green algae 2.3 [122] <0.001

0.136 61 – 0.059

0.023 49 – <0.001

0.001 57 – V. fischerii 501 [36] <0.001

0.136 61 – <0.001

0.023 49 – <0.001

0.001 57 – Daphnids 204.5 [36] <0.001

0.136 61 – <0.001

0.023 49 – <0.001

0.001 57 – Fish 101 [76] <0.001

0.136 61 – 0.001

MEC measured environmental concentrations (mg L–1), PNEC predicted no effect concentration,

REFMEC literature reference for the MEC value, REFPNEC literature reference for the PNEC value
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final toxic effects on the algae, making the interpretation of the toxic data more

complex. Eguchi et al. [122] considered the synergetic effects of combined SAs

(SDM, SMX, and SDZ) with their acetylated metabolites and demonstrated that

inhibition of the algae growth in the presence of the metabolites was enhanced.

Antibiotics in general are known to have antichloroplastic properties due to the

cyanobacterial nature of the plastids, being consequently susceptible as potential

antibiotic targets. SDZ and SMX exposure led to the reduction of chlorophyll

synthesis in blue-green algae [121], and similar effects were observed for aquatic

higher plant Lemna gibba in the presence of SMX and SDM, of which SMX was

especially toxic [129]. Besides algae, there are typical indicator species for toxicity

at the different trophic levels. The most commonly used are marine luminescent

bacterium Vibrio fischerii, freshwater zooplankton invertebrates Daphnia magna
and Moina macrocopa, and fish such as Japanese medaka (Oryzias latipes).

Abiotic factors (e.g., UV irradiation) may also be influential in the potential

ecotoxicity of SAs. The different transformation products of SAs should also be

taken into account when evaluating their ecotoxicity. If these generated products

are biodegradable, they can be removed during wastewater treatment using

biological methods. If they are persistent or not readily biodegradable, risks of

ecotoxicity should be considered. Under natural sunlight, the toxicity of SAs (STZ,

SMX, and SMZ) against D. magna increased considerably [130], especially for

STZ, which turned out to be 7.8-fold more toxic. It must be mentioned that STZ was

the most vulnerable SA to photodegradation (39% degradation of the parent

compound after 48-h exposure), suggesting that more toxic by-products were

produced during photodegradation. On the contrary, whereas sulfacetamide, STZ,

SMX, and SDZ were toxic for Chlorella vulgaris, their photodegradation products

were less toxic against the algae, and showed both inhibitory and stimulatory

effects on the algae cultures [131]. Ozonation by-products of SMX showed acute

toxicity against Daphnia magna and the blue-green algae Pseudokirchneriella
subcapicata [132]. For SMX ozonation by products, it was also found that they

can be bioactive and change the morphology of mammalian cultured cells, also with

no further negative effect [133].

4 Conclusions

The presence of SAs in the environment is a reality. Whether or not the

concentrations detected pose a real health risk to humans is still unclear. Toxicol-

ogy data and legal regulation so far focus exclusively in food products, neglecting

the possibility of exposure via water or air. Regarding the potential adverse effects

against the different ecosystems exposed, the ecotoxicological studies up to date

show diverse results often for the same single SA and organism. However, the

scarcity of available environmental exposure data and the lack of studies performed

with realistic environmental concentrations (laboratory scale experiments) makes

these results insufficient. The estimations of SAs ecological risks reported up to

88 M.J. Garcı́a Galán et al.



date are based on limited information and future research studies should be focused

in the improvement of data regarding fate and ecotoxicity of this substances.
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Drinking Water Disinfection By-products

Susan D. Richardson and Cristina Postigo

Abstract Drinking water disinfection by-products (DBPs) are an unintended con-

sequence of using chemical disinfectants to kill harmful pathogens in water. DBPs

are formed by the reaction of disinfectants with naturally occurring organic matter,

bromide, and iodide, as well as from anthropogenic pollutants. Potential health risks

of DBPs from drinking water include bladder cancer, early-term miscarriage,

and birth defects. Risks from swimming pool DBP exposures include asthma and

other respiratory effects. Several DBPs, such as trihalomethanes (THMs), halo-

acetic acids (HAAs), bromide, and chlorite, are regulated in the U.S. and in other

countries, but other “emerging” DBPs, such as iodo-acids, halonitromethanes,

haloamides, halofuranones, and nitrosamines, are not widely regulated. DBPs

have been reported for the four major disinfectants: chlorine, chloramines, ozone,

and chlorine dioxide (and their combinations), as well as for newer disinfectants,

such as UV treatment with post-chlorination. Each disinfectant can produce its own

suite of by-products. Several classes of emerging DBPs are increased in formation

with the use of alternative disinfectants (e.g., chloramines), including nitrogen-

containing DBPs (“N-DBPs”), which are generally more genotoxic and cytotoxic

than those without nitrogen. Humans are exposed to DBPs not only through

ingestion (the common route studied), but also through other routes, including

bathing, showering, and swimming. Inhalation and dermal exposures are now

being recognized as important contributors to the overall human health risk of

DBPs. Analytical methods continue to be developed to measure known DBPs, and
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research continues to uncover new highly polar and high-molecular-weight DBPs

that are part of the missing fraction of DBPs not yet accounted for. New studies are

now combining toxicology and chemistry to better understand the health risks of

DBPs and uncover which are responsible for the human health effects.

Keywords Chloramination, Chlorination, Chlorine dioxide, DBPs, Disinfection

by-products, Drinking water, Occurrence, Ozonation, Swimming pools, Toxicity
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1 Introduction

The disinfection of drinking water has been rightly hailed as a public health triumph

of the twentieth century. Before its widespread use, millions of people died from

waterborne diseases. Now, people in developed nations receive quality drinking

water every day from their public water systems. However, chemical disinfection

has also produced an unintended health hazard: the potential for cancer and

reproductive and developmental effects (including early-term miscarriages and

birth defects) that are associated with chemical disinfection by-products (DBPs)

[1–6]. Research is being conducted worldwide to solve these important human

health issues.

Chemical disinfectants, such as chlorine, ozone, chloramines, and chlorine diox-

ide, are used to kill harmful pathogens in drinking water, and produce safe, potable

water. However, these disinfectants are also powerful oxidants, and can chemically

react with the naturally occurring organic matter (NOM), mostly present from

decaying leaves and other plant matter, and also with bromide and iodide salts

naturally present in some source waters (rivers, lakes, and groundwaters). NOM,

which is mostly comprised of humic and fulvic acids, serves as the primary precursor

to DBP formation. Anthropogenic contaminants can also react with disinfectants to

form contaminant DBPs. These contaminants mostly enter drinking water sources

from treated wastewater, but can also enter from other sources, such as agricultural

run-off. Contaminant DBPs have been reported from pharmaceuticals, antibacterial

agents, estrogens, pesticides, textile dyes, bisphenol A, alkylphenol surfactants, UV

filters (used in sunscreens), and diesel fuel [1]. Many times, the contaminants react

directly with the disinfectants, but sometimes, it is an environmental degradation

product of these initial contaminants that react to form DBPs.

Chlorine, ozone, chlorine dioxide, and chloramines are the most common

chemical disinfectants in use today, and each produces its own suite of DBPs in

drinking water. Two nonchemical means of disinfecting drinking water – UV

light and reverse osmosis (RO) membranes – are also gaining in popularity for

disinfecting water, and these technologies may hold promise in reducing levels of

DBPs formed in drinking water. However, these other nonchemical disinfectants

may not be without drawbacks. For example, there is some early evidence that

medium-pressure UV can react with NOM to form higher levels of some DBPs

after post-treatment with chlorine [7]. And, the use of RO has issues with disposal

of the resulting brines left over from treatment. RO is increasingly being used at

desalination plants that convert seawater into potable drinking water. Iodine

point-of-use treatments were also recently investigated for formation of iodo-

DBPs [8]. These point-of-use treatments are used by the military in remote

locations (iodine tincture), by campers and hikers (iodine tablets), and for rural

consumers in developing countries (e.g., the new Lifestraw, a reusable device that

uses an iodinated anion exchange resin material with activated carbon post-

treatment).
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Over the last 30 years, significant research efforts have been directed toward

increasing our understanding of DBP formation, occurrence, and health effects.

More than 600 DBPs have now been reported in the scientific literature [9, 10].

Examples of DBP chemical classes are shown in Table 1. However, only less than

100 have been addressed either in quantitative occurrence or toxicity studies. The

DBPs that have been quantified in drinking water range from parts-per-trillion

(ng/L) to parts-per-billion (mg/L) levels. However, more than 50% of the

halogenated DBP material (containing chlorine, bromine, or iodine) formed during

the chlorination of drinking water (Fig. 1), and more than 50% of the DBPs formed

during ozonation of drinking water are still not accounted for [11, 13], and nothing is

known about the potential toxicity of many of the DBPs present in drinking water.

Much of the previous health effects research has focused on cancer, genotoxicity,

mutagenicity, or cytotoxicity. There are concerns that the types of cancer observed

in animal studies (primarily liver cancer) for the regulated DBPs do not correlate

with the types observed in human epidemiology studies (primarily bladder cancer).

It is possible that emerging, unregulated DBPsmay be responsible. It is also possible

that ingestion (the primary route included in animal studies) is not the only important

route of exposure.

This chapter will provide an overview of regulated and emerging, unregulated

DBPs, including discussion of their occurrence and formation from different

disinfectants and their toxicity. Discussions will include classical DBPs formed

by reactions of disinfectants with NOM and contaminant DBPs formed by reaction

of disinfectants with anthropogenic contaminants. Analytical methods used in the

discovery of new DBPs and for the measurement of known DBPs will also be

discussed, as well as new research investigating other routes of exposure beyond

ingestion.

2 Regulated DBPs

Chloroform and other trihalomethanes (THMs) were the first DBPs identified in

chlorinated drinking water in 1974 [14, 15]. Soon after their discovery, the THMs

were found to cause cancer in laboratory animals [16]. As a result, they became

regulated in the U.S. in 1979 [17], and later in several other countries. A few

additional DBPs are now regulated in the U.S., including five haloacetic acids

(HAAs), chlorite, and bromate (Fig. 2). The regulated THMs are sometimes

referred to as THM4, regulated HAAs as HAA5, and the nine commonly occurring

chloro-bromo-HAAs as HAA9. THMs and HAAs are formed primarily by chlorine

and chloramines; chlorite is a DBP from chlorine dioxide, and bromate is mostly

from ozonation. Table 2 lists the DBPs currently regulated in the U.S. and Europe,

as well the current World Health Organization (WHO) guidelines.

Of the four major disinfectants used today, chlorine generally produces the highest

levels of THMs and HAAs. Because drinking water-treatment plants can have

difficulty in meeting the regulatory limits, many plants have changed their
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Table 1 Examples of DBP chemical classes

Halogenated DBPs

Halomethanes
(Dichloroiodomethane)

CCl H

Cl

I

Haloacids
(Iodoacetic acid)

CH C

O

OH

I

H

Haloaldehydes
(Bromochloroacetaldehyde)

CCl C

O

H

Br

H

Haloketones

(1,1,1-Trichloropropanone)

C CH3C

OCl

Cl

Cl

Halonitriles

(Dibromoacetonitrile)

C NC

Br

Br

H

Haloamides
(Dichloroacetamide)

H

Cl

Cl

CC

O

NH2

Halofuranones
(3-Chloro-4-(dichloromethyl)-5-
hydroxy-2(5H)-furanone (MX))

OHO

Cl

Cl Cl

O

Halopyrroles
(2,3,5-Tribromopyrrole)

N

H Br

BrBr

H

Haloquinones
(2,6-Dichloro-1,
4-benzoquinone)

OO

Cl

Cl

Oxyhalides
(Chlorate)

O

Cl O -O

Halonitromethanes 
(Dibromonitromethane)

H

Br

Br

NO2C

Non-Halogenated DBPs

Nitrosamines

(NDMA)

N N

CH3

CH3

O

Aldehydes

(Formaldehyde)

C HH

O

Ketones 

(Dimethylglyoxal)

C CH3C

OO

H3C

Carboxylic acids

(ethanedioic acid)
C OH

O

C

O

HO
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Unknown 69.9%

THMs 13.5%

HAAs 11.8%

Halofuranones 0.1%

Halonitromethanes 0.5%
Haloacetamides 0.5%
Haloketones 0.9%

Haloaldehydes 1.8%
Haloacetonitriles 0.8%

IodoTHMs 0.2%

Fig. 1 Percentage of Total Organic Halogen (TOX) accounted for by quantified DBPs (data from

[11, 12])

Chloroform Bromodichloro-
methane

Chlorodibromo
methane

Bromoform

Bromoacetic acid Dibromoacetic acid Bromate Chlorite

Chloroacetic acid Dichloroacetic acid Trichloroacetic acid

C

Cl

Cl H

Cl

CCl

Br

H

Cl

CBr

Br

H

Cl

CBr

Br

Br

H

CCl

H

H

C

O

OH

OH

O

C

H

H

CBr

Cl

CCl C

O

OH

Cl

O

O Br O O O-

OH

O

C

H

CCl

C l

OH

O

C

Br

H

CBr
-

Cl

Fig. 2 Molecular structures of regulated DBPs (THMs, HAAs, bromate, and chlorite)
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disinfection practices. Often, the primary disinfectant is changed from chlorine to

“alternative” disinfectants, including ozone, chlorine dioxide, chloramines, or UV. In

some cases, chlorine is used as a secondary disinfectant following primary treatment

with an alternative disinfectant, particularly for ozone, chlorine dioxide, and UV

to maintain a disinfectant residual in the water distribution system. However, new

issues and problems can result with changes in disinfection practices. For example,

the use of ozone can significantly reduce or eliminate the formation of THMs and

HAAs, but it can result in the formation of bromate, especially when elevated levels

Table 2 DBP regulations and guidelines

U.S. EPA regulations MCL (mg/L)

Total THMs (chloroform, bromodichloromethane,

chlorodibromomethane, bromoform

0.080

5 Haloacetic acids (chloro-, bromo-, dichloro-, dibromo-,

trichloroacetic acid)

0.060

Bromate 0.010

Chlorite 1.0

World Health Organization (WHO) guidelines Guideline valuea (mg/L)

Chloroform 0.3

Bromodichloromethane 0.06

Chlorodibromomethane 0.1

Bromoform 0.1

Carbon tetrachloride 0.004

Chloroacetic acid 0.02

Dichloroacetic acid 0.05b

Trichloroacetic acid 0.2

Bromate 0.01b

Chlorite 0.7b

Dichloroacetonitrile 0.02b

Dibromoacetonitrile 0.07

Cyanogen chloride 0.07

2,4,6-trichlorophenol 0.2

N-Nitrosodimethylamine (NMDA) 0.1

European Union Standards Standard valuea (mg/L)

Total THMs 0.1

Bromate 0.01c

Other regulations MCL (ng/L)

NMDA 9d, 10e

aWorld Health Organization (WHO) guidelines on THMs state that the sum of the ratio of the

concentration of each THM to its respective guideline value should not exceed unity. WHO

guidelines can be found at http://www.who.int/water_sanitation_health/dwq/gdwq3rev/en/. Euro-

pean Union drinking water standards can be found at www.nucfilm.com/eu_water_directive.pdf
bProvisional guideline value
cWhere possible, without compromising disinfection, EU member states should strive for a lower

value
dOntario, Canada
eCalifornia, U.S.
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of bromide salts are present in the source waters. Bromide (and iodide) salts can be

present in source waters (e.g., rivers) near coastal areas, due to salt water intrusion

into the water supplies, and also in inland locations, due to “fossilized seawater,”

where salts from ancient seas impact surface water or groundwater. Bromate is a

concern because it causes cancer in laboratory animals [18]. Several other DBPs,

including nitrosamines, iodo-acids, iodo-THMs, and bromonitromethanes, can also

be increased in formation with the use of alternative disinfectants. They will be

discussed in detail in later sections on emerging DBPs. Differences in source water

conditions, including concentrations of bromide or iodide salts, concentrations of

NOM, and pH, can have a dramatic effect on the formation of various DBPs

(chlorine-, bromine-, or iodine-containing) and the levels formed.

3 Emerging DBPs

3.1 Overview

Emerging DBPs beyond those that are currently regulated are becoming important.

In general, brominated DBPs are now being recognized as toxicologically impor-

tant because there is indication that brominated DBPs may be more carcinogenic

than their chlorinated analogs, and new studies are indicating that iodinated

compounds may be more toxic than their brominated analogs [19–21]. Brominated

and iodinated DBPs form due to the reaction of the disinfectant (such as chlorine)

with natural bromide or iodide present in source waters. Coastal cities, whose

groundwaters and surface waters can be impacted by salt water intrusion, and

some inland locations, whose surface waters can be impacted by natural salt

deposits from ancient seas or oil-field brines, are examples of locations that can

have high bromide and iodide levels. A significant proportion of the U.S. population

and several other countries now live in coastal regions that are impacted by bromide

and iodide; therefore, exposures to brominated and iodinated DBPs can be impor-

tant. Early evidence in epidemiologic studies also gives indication that brominated

DBPs may be associated with the new reproductive and developmental effects

[3, 4], as well as cancer effects.

Specific DBPs that are of current interest include iodo-acids, bromonitro-

methanes, iodo-THMs, halooamides, halofuranones, halopyrroles, haloquinones,

haloaldehydes, halonitriles, and nitrosamines. Many of these were predicted to be

carcinogens [22] and were the subject of a nationwide occurrence study in the U.S.,

which reported the most extensive quantitative occurrence of priority, unregulated

DBPs [11, 13]. In addition, many of these are nitrogen-containing DBPs (the so-

called “N-DBPs”), which have recently been shown to be more genotoxic and

cytotoxic than those without nitrogen [19]. N-DBPs can be increased in formation

through the use of chloramination, and new research also indicates that algae and

amino acids can serve as precursors in their formation [23–25].
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3.2 Iodo-Acids and Iodo-THMs

Iodo-acids are a new and potentially toxicologically significant class of DBP

identified as part of the U.S. Nationwide Occurrence Study [11, 12, 20] and

quantified in a recent 23-city occurrence study in the U.S. [21]. Five iodo-acids

have been identified in finished drinking water: iodoacetic acid, bromoiodoacetic

acid, (Z)-3-bromo-3-iodopropenoic acid, (E)-3-bromo-3-iodopropenoic acid, and

(E)-2-iodo-3-methylbutenedioic acid [13]. Iodo-acids, including diiodoacetic acid,

were also recently found in waters treated with iodine [8]. They were initially

discovered in chloraminated drinking water, and have been found up to 1.7 mg/L
individually [21].

Iodoacetic acid is the most genotoxic DBP studied to-date in mammalian cells,

approximately 2x more genotoxic than bromoacetic acid [20], which is regulated

in drinking water, but rarely detected. The rank order for genotoxicity mono-

haloacetic acids follows: iodo- > bromo- � chloroacetic acid [20]. New research

is revealing a potential mechanism for this rank order. Monohalogenated acids have

been found to inhibit glyceraldehyde-3-phosphate dehydrogenase (GAPDH) activ-

ity in a concentration-dependent manner with the same rank order, and the rate of

inhibition and toxic potency were highly correlated with their alkylating potential

and their propensity of the halogen leaving group. Other iodo-acids have also been

recently shown to be genotoxic, and iodo-acids are also highly cytotoxic in mam-

malian cells [21]. The rank order for genotoxicity is iodoacetic acid� diiodoacetic

acid > bromoiodoacetic acid > (E)-2-iodo-3-methylbutenedioic acid > (E)-3-
bromo-3-iodopropenoic acid > (E)-3-bromo-2-iodopropenoic acid. Iodoacetic

acid is also teratogenic, producing developmental effects (neural tube closures) in

mouse embryos, at levels (nM) similar to levels that induce DNA damage in

mammalian cells [26, 27].

Iodo-THMs have been known as DBPs since the mid-1970s [28] and dichloroio-

domethane was even referred to as the “5th trihalomethane” (after the original four

regulated THMs) [29]. They have since been measured in drinking waters treated

with chlorination or chloramination [11, 21, 30, 31], with highest levels observed in

chloraminated water (up to 15 mg/L individually). In chloraminated drinking water,

iodo-THMs can be formed at levels comparable to the regulated THMs (THM4). In

the U.S. Nationwide Occurrence Study, one location showed iodo-THMs at 81% of

the THM4 levels in a chloraminated drinking water [11]. Iodo-THMs identified and

measured include dichloroiodomethane, bromochloroiodomethane, dibromoio-

domethane, chlorodiiodomethane, bromodiiodomethane, and iodoform. Point-of-

use treatment with iodine was also recently shown to produce iodo-THMs, with

highest levels observed in iodine tincture treatment [8].

Until recently, their major concern had to do with taste and odor problems in

drinking water (due to a low threshold concentration of medicinal tastes and odors

in drinking water – as low as 0.02–5 mg/L) [30]. It was not until 2008 that they were
investigated for genotoxicity and cytotoxicity [21]. One iodo-THM (chlorodiio-

domethane) is highly genotoxic in mammalian cells, and all six iodo-THMs are
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cytotoxic [21]. With the exception of iodoform, the iodo-THMs are less cytotoxic

than the iodo-acids.

Iodo-DBPs are of concern not only for their potential health risks, but also because

research indicates that they are formed at increased levels (along with iodo-THMs) in

waters treated with chloramines. Chloramination has become a popular alternative to

chlorination for water-treatment systems that have difficulty meeting the regulations

with chlorine, and also for treatment plants with long distribution systems because

chloramines can provide a more stable residual than chlorine. Chloramines are

generated from the reaction of chlorine with ammonia, and it appears that the length

of free chlorine contact time (before ammonia addition to form chloramines) is an

important factor in the formation of iodo-DBPs [21].

Scheme 1 illustrates the reactions involved in the formation of iodo-DBPs

from chloramination vs. chlorination and helps to explain their increased for-

mation with chloramination. Analogous to the formation of brominated DBPs

from naturally occurring bromide, iodo-DBPs can be formed by the reaction of

disinfectants with naturally occurring iodide and NOM. With chlorine, reactions

to form iodate are much faster than reactions to form other iodo-DBPs, but the

corresponding reactions with monochloramine (to form iodite and iodate) are

much slower, such that iodo-DBPs increase in formation [32, 33]. Because of

chlorine’s competing reaction to form iodate as a sink for the natural iodide, it is

likely that treatment with significant free chlorine contact time before the addition

of ammonia will not produce substantial levels of iodo-acids or iodo-THMs

[21, 32, 33]. New research has also revealed that anthropogenic contaminants

(i.e., compounds used for medical imaging) can also be a source of iodine in the

NH2Cl HOI IO2
- IO3

-

HOCl HOI                     IO2
- IO3

-

Chlorine:

Chloramines:

fast

HOCl HOCl

fast fast

I-

Cl-DBPs iodo-DBPs

NOM NOM
(iodite) (iodate)

Sink for iodide

fast

NH2ClI-

Cl-DBPs iodo-DBPs

NOM NOM
(iodite) (iodate)

Sink for iodide

NH2Cl

Slow

Scheme 1 Proposed mechanism for formation of iodo-DBPs with chlorine and chloramine

disinfection (adapted from Bichsel and von Gunten [32, 33])
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formation of iodo-DBPs [34]. This new work will be discussed in detail later in

the section on Contaminant DBPs.

3.3 Halonitromethanes

Just as there are nine possible chloro-bromo haloacetic acids (HAA9) that can

form in drinking water, nine halonitromethanes can be formed. Chloropicrin

(trichloronitromethane) has been the most commonly measured example in this

class, but has not been a concern for toxicity in drinking water. Bromonitro-

methanes, however, have shown significant toxicity [35] and have been found

in drinking water, particularly that treated with preozonation [11, 12, 35–37].

Bromonitromethanes are more cytotoxic and genotoxic than most DBPs currently

regulated in drinking water [35]. Dibromonitromethane is more than an order

of magnitude more genotoxic to mammalian cells than MX (3-chloro-4-

(dichloromethyl)-5-hydroxy-2(5H)-furanone, a carcinogenic DBP), and is more

genotoxic than all of the regulated DBPs, except for monobromoacetic acid.

Other brominated forms are also potent in this assay. Halonitromethanes are also

mutagenic in the Salmonella bacterial cell assay [38], with mutagenic potencies

greater than that of the regulated THMs [39]. The halonitromethanes were also at

least 10x more cytotoxic than the THMs, and the greater cytotoxic and mutagenic

activities of the halonitromethanes was indicated to be likely due to the greater

intrinsic reactivity conferred by the nitro group [39].

Bromonitromethanes are substantially increased in formation with the use of

pre-ozonation before chlorine or chloramine treatment, and concentrations up to

3 mg/L individually have been reported [11, 12]. Laboratory-scale formation studies

indicate that nitrite may play a role in the formation of the nitro group in these DBPs

[40]. Tribromonitromethane (bromopicrin) and other trihalonitromethanes (which

include bromodichloro- and chlorodibromonitromethane) require particular analyt-

ical conditions for their analysis. These compounds are thermally unstable and

decompose under commonly used injection port temperatures during gas chroma-

tography (GC) or GC/mass spectrometry (MS) analysis [41].

3.4 Nitrosamines

Nitrosamines have been of significant interest since they were discovered to be

DBPs in 2002 [42, 43]. Their structures are shown in Fig. 3. N-Nitrosodi-
methylamine (NDMA) is a probable human carcinogen, and there are toxicological

concerns regarding other nitrosamines. NDMA was initially discovered in

chlorinated drinking waters from Ontario, Canada [44], and has since been found

in other locations [42, 43, 45]. The detection of NDMA in drinking water is largely

due to improved analytical techniques that have allowed its determination at low
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ng/L concentrations. NDMA is generally found at highest levels in chloraminated

drinking water, where the nitrogen in monochloramine (NH2Cl) is incorporated into

the structure of the NDMA by-product [42]. Chlorination can also form NDMA to

some extent when nitrogen precursors are present (e.g., natural ammonia in the

source water or nitrogen-containing coagulants or ion-exchange resins used in the

water-treatment process) [46–48].

NDMA is regulated in California at 10 ng/L [49] and Ontario, Canada at 9 ng/L

[50]. A Canadian national drinking water guideline is also under development [51],

and the U.S. Environmental Protection Agency (EPA) has recently announced that

they intend to regulate a group of nitrosamines in the U.S. NDMA was included in

the U.S. EPA’s second Unregulated Contaminant Monitoring Rule (UCMR-2),

along with five other nitrosamines (N-nitrosodiethylamine, N-nitrosodibutylamine,

N-nitrosopropylamine, N-nitrosomethylethylamine, and N-nitrosopyrrolidine), and
national occurrence data are currently available [52]. This new national data reveals

a maximum level of 530 ng/L for NDMA in chloraminated drinking water, which

surpasses the previous highest level (180 ng/L) observed in chloraminated drinking

water from Canada [53]. In addition, NDMA and four other nitrosamines are also

on the U.S. EPA’s final Contaminant Candidate List (CCL-3), a priority list of

contaminants for potential future regulation in drinking water [54].

An EPA method was created for measuring NDMA and six additional

nitrosamines in drinking water (EPA Method 521) [55]. This method uses GC/

chemical ionization (CI)-MS/MS and enables the measurement of NDMA

and six other nitrosamines (N-nitrosomethylethylamine, N-nitrosodiethylamine,

N-nitroso-di-n-propylamine, N-nitroso-di-n-butylamine, N-nitrosopyrrolidine, and
N-nitrosopiperidine) in drinking water at detection limits ranging from 1.2 to

2.1 ng/L. A liquid chromatography (LC)/MS/MS method [56] can also be used to

measure nine nitrosamines, including N-nitrosodiphenylamine, which is thermally

unstable and cannot be measured using the EPA Method.

NNO

CH3

CH3

NDMA N-Nitrosopyrrolidine

O N N O N N O

N-Nitrosomorpholine

N-Nitrosopiperidine

NO N
O N N

N-Nitrosodiphenylamine

Fig. 3 Molecular structures of nitrosamine DBPs
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NDMA (and other nitrosamines) can dramatically increase in concentration in

distribution systems (relative to finished water at the drinking water-treatment

plant). For example, an initial level of 67 ng/L in drinking water-treatment plant

effluent was shown to increase to 180 ng/L in the distribution system [53]. As a

result, measurements taken at water-treatment plants may substantially underesti-

mate the public’s exposure to this carcinogen.

While generally attributed to the use of chloramines or chlorine, NDMA was

recently identified in ozonated drinking water from Germany [57]. An anthropogenic

contaminant containing a dimethylamine group was discovered to be the precursor in

its formation (discussed in more detail in the Contaminant DBP section).

3.5 Haloamides

Haloamides are formed primarily by chlorine or chloramine, and they were

quantified for the first time in the Nationwide Occurrence Study. They have been

measured in finished drinking waters from several U.S. states, up to 9.4 mg/L,
individually [11, 13]. There is some indication that haloamides may be increased

with chloramination. Because nitriles can hydrolyze to form amides [58, 59], it is

possible that some of their formation is due to hydrolysis of the corresponding

halonitriles, which are commonly found as DBPs. The first iodo-amide –

bromoiodoacetamide – was recently identified in chloraminated drinking waters

from several cities in the U.S. that had high bromide levels in their source waters

[60]. This iodo-amide is highly cytotoxic and genotoxic in mammalian cells, as are

other haloamides. As a class, haloamides are the most cytotoxic of all DBP classes

measured to-date, and they are the second-most genotoxic DBP class, very close

behind the halonitriles [19].

3.6 Halonitriles

Although they are not regulated in the U.S., haloacetonitriles (HANs) have been

measured in several occurrence studies. Dichloro-, bromochloro-, dibromo-, and

trichloroacetonitrile (HAN4) are the most commonly measured HAN species and

have been included in a survey of 35 U.S. water utilities [61], a survey of 53

Canadian water utilities [62], and the US EPA’s Information Collection Rule (ICR)

effort [63]. In the ICR, HANs were found up to 41 mg/L and were generally present

at 12% of the levels of the four regulated THMs. HANs are formed by treatment

with chlorine, chloramine, chlorine dioxide, or ozone disinfection; plants using

chloramines (with or without chlorine) had the highest levels in their finished

drinking water. Several other HANs, including a number of brominated species,

were also measured in the U.S. Nationwide Occurrence Study. Total HAN levels

reached a maximum of 14 mg/L, and were approximately 10% of the levels of the
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four regulated THMs combined, although a maximum of 25% was observed. When

higher bromide levels were present in the source waters, more brominated HAN

species were formed. This shift in speciation was observed in another study of high-

bromide waters in Israel, which also provided evidence that chlorine dioxide

disinfection can form HANs (dibromoacetonitrile) [31]. Two other halonitriles,

cyanogen chloride (CNCl) and cyanogen bromide (CNBr), can be formed by

chlorine or chloramines, but are generally found with chloramination [61]. CNCl

was measured at several chloramination plants as part of the ICR effort, with levels

ranging from submicrogram per liter to 21 mg/L. CNBr can also be formed with

ozonation when source waters contain natural bromide [64]. Other halonitriles,

including three- and four-carbon halonitriles, have also been identified, but have not

been quantified in drinking water.

As a class, halonitriles are the most genotoxic of the DBPs studied in mamma-

lian cells [19], and they are third in cytotoxicity, similar to other N-DBPs, halo-

amides, and halonitromethanes.

3.7 Halofuranones

Before it was discovered to be a drinking water DBP, MX (3-chloro-4-

(dichloromethyl)-5-hydroxy-2(5H)-furanone) was originally identified in pulp

mill effluent; subsequently, it was found in chlorinated drinking water from a

number of samples taken around the world. MX has both an open and closed

form that is dependent on pH; the ring-opened, oxo-butenoic acid form is present

at the pH of drinking water (ZMX, Fig. 4). Other analogs of MX were also later

identified in chlorinated drinking water, including its geometric isomer (EMX)

[65], oxidized and reduced forms of MX (ox-MX and red-MX), as well as

brominated analogs (the so-called BMXs) [66]. Structures of several of these

analogs are shown in Fig. 4.

Bacterial mutagenicity tests were the original cause of concern for MX, as MX

was found to be a potent mutagen in the Salmonella Ames assay, and MX can

account for as much as 20–50% of the total mutagenicity in chlorinated drinking

water [67]. At the time it was identified, MX was the most mutagenic DBP ever

identified in drinking water, and in 1997, it was found to be a carcinogen in rats

[68]. However, the genotoxic effects in mammalian cells are relatively moderate,

such that several other classes of DBPs (including iodo-acids, halonitromethanes,

haloamides, and halonitriles) show greater genotoxicity [19]. The concentration of

MX required to produce a genotoxic effect in vivo is usually very high, around

100 mg/kg mouse oral administration [69]. Mutagenicity studies with transgenic

medaka fish showed that MX did not induce mutations in the liver (for 96 h

exposures) [70].

In the few occurrence studies that had been previously carried out, measured

concentrations of MX were generally 60 ng/L or lower. In 2002, Wright et al.

reported levels as high as 80 ng/L of MX found in drinking waters from
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Massachusetts [71], and in the U.S. Nationwide Occurrence Study, which specifi-

cally focused on waters high in natural organic matter and/or bromide, much higher

levels were found (frequently >100 ng/L and as high as 850 ng/L) in finished

drinking waters across the U.S. [11, 12]. Halogenated furanones were highest at a

plant that disinfected with chlorine–chloramines (2.38 mg/L in plant effluent drink-

ing water) and at a plant that disinfected with (1.02 mg/L in the distribution system).

In drinking water plant effluents, a maximum level of 0.31 mg/L was observed for

MX; maximum levels of brominated MX analogs included measurements of 0.72

and 0.81 mg/L for BEMX-1 and BEMX-2, respectively.

It is also interesting to note that the halogenated furanones were often stable in

the distribution system and in simulated distribution system tests. Previous con-

trolled laboratory studies had suggested that halogenated furanones, particularly

MX, may not be stable in distribution systems. In at least five instances, MX levels

actually increased in concentration from the plant effluent to the distribution system

point sampled [11, 12]. Occasionally, MX levels decreased in the distribution

system, but in these instances, it was still generally present at detectable levels.

3.8 Haloaldehydes

Haloaldehydes are formed primarilywith chlorine or chloramine disinfection, but they

are increased in formation with preozonation. In the Nationwide Occurrence Study,

haloaldehydes were the third largest DBP class by weight (behind THMs and HAAs)

of all the DBPs studied. Dichloroacetaldehyde was the most abundant of these

haloaldehydes, with a maximum concentration of 16 mg/L. Before this study, chloral
hydrate (trichloroacetaldehyde) was the only commonly measured haloaldehyde, and

it was included in the ICR. Chloral hydrate and monochloroacetaldehyde are

mutagenic in vitro [1], and tribromoacetaldehyde and chloral hydrate were recently

found to be genotoxic in human cells [72].

New work on the entire class of haloaldehydes indicates that many are highly

cytotoxic and genotoxic in mammalian cells [19].

3.9 Halopyrroles

In 2003, a new halogenated pyrrole – 2,3,5-tribromopyrrole (structure in Table 1) –

was identified in drinking water [31]. This represents the first time that a halogenated

pyrrole has been observed as a drinking water DBP for any disinfectant. This

halopyrrole was found in finished drinking water from a full-scale drinking water-

treatment plant in Israel that used pre-chlorination (at an initial reservoir) followed by

primary treatment with combined chlorine dioxide–chlorine or combined chlorine

dioxide–chloramine to treat a high bromide source water (approximately 2 ppm).

This identification resulted from the first study of chlorine dioxide DBPs formed
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under high bromide/iodide conditions. Bromide levels in U.S. source waters gener-

ally range up to a maximum of approximately 0.5 ppm, and so to-date, this

tribromopyrrole has not been identified in drinking waters from the U.S.

Mammalian cell toxicity testing revealed tribromopyrrole to be 8x more cyto-

toxic than dibromoacetic acid (a regulated DBP) and to have about the same

genotoxic potency as MX. When the formation of tribromopyrrole was investigated

using isolated humic and fulvic acid fractions collected from the source waters (as

NOM precursors), tribromopyrrole was found to be formed primarily from humic

acid, whereas the THMs, HAAs, and aldehydes were mostly formed from fulvic

acid. It is interesting to note that a soil humic model proposed by Schulten and

Schnitzer that was based on 13C NMR, pyrolysis, and oxidative degradation data,

includes a pyrrole group in its structure [73]. In addition, the elementary analysis

(C, H, N, X) for these natural humic and fulvic acids showed a greater contribution

from N in the humic acid as compared to that in the fulvic acid. In none of the

samplings from this research was tribromopyrrole found in pre-chlorinated waters

(with chlorine treatment only). Thus, the combination of chlorine dioxide and

chlorine (or chloramines) may be necessary for its formation. It is also possible

that chloramination alone may also be important for its formation.

3.10 Haloquinones

In 2010, the first haloquinone DBP was reported in drinking water – 2,6-dichloro-

1,4-benzoquinone – using SPE and LC/MS/MS [74]. Quantitative structure-toxicity

relationship (QSTR) analysis had predicted that haloquinones are highly toxic and

may be formed during drinking water treatment. The chronic lowest observed

adverse effect levels (LOAELs) of haloquinones are predicted to be in the low

mg/kg body weight per day range, which is 1,000� lower than most regulated

DBPs, except bromate. This new DBP was found in drinking water treated with

chlorine and chloramines, as well as chloramines and UV irradiation, at levels

ranging from 5.3 to 54.6 ng/L. It has a predicted LOAEL of 49 mg/kg body weight

per day.

Following this initial discovery, three additional haloquinones were identified in

drinking water using LC/ESI-MS/MS: 2,6-dichloro-3-methyl-1,4-benzoquinone,

2,3,6-trichloro-1,4-benzoquinone, and 2,6-dibromo-1,4-benzoquinone [75].

Following their discovery in chlorinated drinking water, they were quantified,

along with 2,6-dichloro-1,4-benzoquinone. Levels ranged from 0.5 to 165 ng/L.

An unusual feature about these compounds is that, using negative ion-ESI, they

form (M+H)- ions through a reduction step, rather than the classic (M–H)- ions that

are typically observed. The authors used tandem-MS and accurate mass

measurements to confirm the identity of these unusual ions. The structures of the

haloquinone DBPs are shown in Fig. 5.
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4 Other DBPs

4.1 Other Haloacids

There are four bromochloro-HAAs that are not currently regulated in the U.S.,

bromochloroacetic acid, bromodichloroacetic acid, chlorodibromoacetic acid, and

tribromoacetic acid. Many laboratories routinely measure them as part of the nine

total bromochloro-HAAs (HAA9). A recent study by Singer and colleagues makes

the case that measuring all nine bromochloro-HAAs is important because measur-

ing only the five regulated ones can significantly underestimate the total exposure,

especially for water systems that contain appreciable levels of bromide in their

source waters. The additional four unregulated HAAs are bromine-containing

species that can be found at increased levels in drinking waters that have high

bromide in their source waters, and their concentrations can be similar to the five

regulated HAAs. Also, because bromine-containing DBPs are generally more toxic

than chlorine-containing DBPs, knowing their concentrations can be important.

Other haloacids with longer carbon chains can also be formed in drinking water,

mostly with chlorine and chloramine. One of these, 3,3-dichloropropenoic acid, was

included as a priority DBP measured in the U.S. Nationwide Occurrence Study [11,

12]. It was found at a maximum of 4.7 mg/L and was present in nearly all of the water-

treatment plants studied. The corresponding brominated acid, 3,3-dibromopropenoic

acid, has also been identified as a DBP in drinking water, as well as several other three-,

four-, and five-carbon acids and diacids [10].

Two of the more unusual bromoacids include the bromo-oxoacids 3,3-dibromo-

4-oxopentanoic acid and 3-bromo-3-chloro-4-oxopentanoic acid. So far, there are

no quantitative data on these other brominated acids, but preliminary toxicity data

indicate that they may be toxicologically important.

4.2 Haloketones

Haloketones can be formed in waters treated with chlorine, chloramines, chlorine

dioxide, as well as ozone–chlorine and ozone–chloramine combinations.
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Fig. 5 Molecular structures of new haloquinone DBPs
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Two haloketones, 1,1-dichloropropanone and 1,1,1-trichloropropanone, were

measured in the ICR effort [63], where they ranged up to 10.0 and 17.0 mg/L,
respectively. Other haloketones, including chloropropanone, 1,3-dichloro-

propanone, 1,1-dibromopropanone, 1,1,3-trichloropropanone, 1-bromo-1,

1-dichloropropanone, 1,1,1-tribromopropanone, 1,1,3-tribromopropanone, 1,1,3,

3-tetrachloropropanone, 1,1,1,3-tetrachloropropanone, and 1,1,3,3-tetrabromo-

propanone, were also measured in the U.S. Nationwide Occurrence Study [11, 12],

and were found in drinking waters treated with a variety of disinfectants, though

generally at sub-mg/L levels. To-date, they have not been investigated for toxicity, but

some were predicted to cause cancer in the prioritization effort mentioned earlier [22].

4.3 Chlorate and Iodate

Chlorate is a DBP from chlorine dioxide and can also be present in chlorinated

drinking water when hypochlorite bleach solutions are used for treatment (due to

decomposition of the hypochlorite upon storage). In chlorine dioxide-treated drink-

ing water, chlorate levels can approach 20% of the original chlorine dioxide dose.

Chlorate concentrations in drinking water are typically much higher than other

DBPs, including THMs. From the U.S. EPA ICR data, which represents the most

extensive data for chlorate, the median level of chlorate was 120 mg/L at plants

using chlorine dioxide for disinfection, but plants can sometimes exceed the health

reference level of 210 mg/L. Recent measurements of chlorate included a study of

full-scale treatment plants in Israel, in which chlorate was found up to 52 mg/L [31];

a full-scale treatment plant in Virginia, where chlorate was found at a median level

of 14 mg/L [76]; and full-scale treatment plants in Quebec, where chlorate was

present at a maximum of 190 mg/L [77].

Chlorate is mutagenic in Salmonella and induces chromosome aberrations and

micronuclei in mammalian cells [78]. It has also been shown to induce thyroid

tumors in laboratory animals [79]. The U.S. EPA has placed chlorate on the current

CCL-3 [54], as well as its Unregulated Contaminant Monitoring Rule-3 (UCMR-3)

[80] to collect further national data, and is currently considering it for regulation.

Iodate can be formed as a chlorination or ozonation DBP when elevated levels of

natural iodide are present in the source waters [32, 33]. Unlike bromate, iodate is

not a concern for toxicity because it is reduced to iodide in the body.

4.4 Aldehydes and Ketones

Several nonhalogenated aldehydes were measured in the U.S. ICR effort, including

formaldehyde, acetaldehyde, glyoxal, and methyl glyoxal [63]. These aldehydes are

DBPs produced primarily by ozone, although both chlorine and chlorine dioxide
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treatment can also form low parts per billion levels of formaldehyde. In the ICR,

these aldehydes were detected at higher concentrations in water-treatment systems

using ozone (up to 30.6 mg/L) than chlorine dioxide. Formaldehyde was detected at

more than 50% of the treatment plants using chlorine dioxide at a mean of 5.3 mg/L
and 90th percentile of 9.0 mg/L. Acetaldehyde, glyoxal, and methyl glyoxal were

observed at maximum levels of 11, 16, and 6 mg/L, respectively, in ozonated

drinking water, but were generally below the detection limit (5 mg/L) in chlorine

dioxide-treated waters. Pentafluorobenzylhydroxylamine (PFBHA) derivatization

is important for measuring these polar aldehydes and ketones by GC/MS because,

without derivatization, they are almost impossible to extract from water. This

derivatization process is discussed later in this chapter.

Additional aldehydes and ketones were also included in the U.S. Nationwide Occur-

rence Study: dimethylglyoxal (2,3-butanedione), cyanoformaldehyde, 2-butanone

(methyl ethyl ketone), trans-2-hexanal, 5-keto-1-hexanal, and 6-hydroxy-2-hexanone

[11, 13]. Dimethylglyoxal was the most consistently detected of these carbonyl

compounds (up to 3.5 mg/L) and was found at higher levels in plants using ozone.

Maximum levels of 0.3, 5.0, and 0.7 mg/L were observed for cyanoformaldehyde,

2-butanone, and trans-2-hexenal, respectively; 6-hydroxy-2-hexanone and 5-keto-

1-hexanal were only detected in early stages of treatment, and not in finished waters.

4.5 Carboxylic Acids

Nonhalogenated carboxylic acids are also commonDBPs from chlorine, chloramines,

ozone, and chlorine dioxide [10]. In addition to halogenation reactions that can occur

(primarily with chlorine and chloramine), oxidation reactions also occur, and can

produce carboxylic acids. There is generally not a concern for toxicity for them, as

many are naturally present in foods.

5 Discovery Research for New Highly Polar

and High-Molecular-Weight DBPs

As mentioned earlier, more than 50% of the total organic halogen (TOX) formed in

chlorinated drinking water remains unidentified, and much less is accounted for

ozone, chloramine, and chlorine dioxide treated water. Because DBPs are typically

present at nanogram per liter to microgram per liter levels, they are usually

extracted into an organic solvent (with SPE or liquid–liquid extraction) and

concentrated before measurement by GC or GC/MS. This means that most previous

DBP research has focused on low molecular weight, volatile and semivolatile DBPs

that are easy to extract from water. As a result, high-molecular-weight DBPs and

highly polar DBPs are likely to be found in the “missing” DBP fraction.
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Ultrafiltration (UF) studies indicate that >50% of the TOX in chlorinated drinking

water is >500 Da in molecular weight [81], and new research is revealing that

highly polar DBPs are also part of this “missing” fraction. For example, new LC/

MS/MS research using precursor scans of bromine (m/z 79 and 81) and iodine (m/z 127)
has allowed the identification of new polar compounds, such as 1,1,2-tribromo-1,2,2-

tricarboxylethane, 1-bromoamino-1,2-dibromo-1,2,2-tricarboxylethane, chloroio-

doacetic acid, (E)- and (Z)-iodobutenedioic acid, 4-iodobenzoic acid, 3-iodophthalic

acid, 2,4-diiodobenzoic acid, 5,6-diiodosalicylic acid, and 5,6-diiodo-3-ethylsalicylic

acid [82, 83]. The iodo-acids were found at higher levels in chloraminated drinking

water, consistent with previous results for other iodo-acids [21].

High-molecular-weight DBPs, which are not possible to measure using

GC/MS, are also being investigated using ESI-MS/MS. Most of this work is very

preliminary, due to the complexity of the mass spectra obtained. ESI-MS/MS has

been used to generate chlorine and bromine fragment ions that can be used to

select halogenated DBPs from the complex mixture of high-molecular-weight

DBPs. In addition, radiolabeled chlorine (36Cl) has been used to further probe

high-molecular-weight DBPs formed on chlorination of drinking water [84].

6 Contaminant DBPs

All of the DBPs previously discussed are “classical DBPs”, formed by the reaction

of disinfectants with natural organic matter in source waters. However, source

waters are also impacted by municipal and industrial emissions [85], and recent

investigations have shown that some of these water contaminants can also react

with disinfectants used in drinking water treatment to form their own by-products,

some of which are toxic or estrogenic. Contaminant DBPs have been reported for

several classes of drugs, pesticides, personal care products, estrogens, bisphenol A,

alkylphenol surfactants, and algal toxins. Most of these contaminant DBPs were

found in controlled laboratory studies and not in actual drinking water, but the

potential is there for their formation in drinking water treatment. It is not surprising

that DBPs can form from these contaminants because many of them have activated

aromatic rings that can readily react with oxidants like chlorine, chloramines,

ozone, and chlorine dioxide.

6.1 Pharmaceutical DBPs

Several classes of antibiotics, e.g., tetracyclines [86], fluoroquinolones [87, 88], and

b-lactams [89] were observed to react with chemical oxidants such as chlorine dioxide

(ClO2) and free chlorine. Oxidation with ClO2 yields hydroxylated and oxygenated

products in the case of tetracyclines, and leads to dealkylation, hydroxylation, and

intramolecular ring closure at the piperazine moiety of the fluoroquinolones [86, 88].
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Reaction of these antibiotics with chlorine mostly generated chlorinated and

OH-substituted by-products [86, 87]. Unlike fluroquinolones, whose quinolone ring

is left mostly intact, disinfection with ClO2 may diminish the antibiotic capacity of

tetracyclines because it leads to cleavage of the tetracyclines’ ring system [86, 88]. On

the other hand, oxidation of b-lactam antibiotics such as penicillin, amoxicillin, and

cefadroxil with ClO2 leads to the formation of hydroquinone and a wide range of

substituted phenols [89].

Adachi and Oka investigated the formation of cyanide during the reaction of

chlorine with 20 different pharmaceuticals containing nitrogen in their molecular

structure [90]. High levels of cyanide were generated by chlorination of hexamine

and losartan potassium aqueous solutions. Other precursors of cyanide included

metronidazol, dacarbazine, and allopurinol.

The antibacterial agent sulfamethoxazole produced chlorinated and nonchlorinated

DBPs when reacted with chlorine [91]. A ring-chlorinated product was formed via

halogenation of the aniline moiety at sub-stoichiometric concentrations of chlorine.

3-Amino-5-methylisoxazole, sulfate, and N-chloro-p-benzoquinone imine were

formed via rupture of the sulfamethoxazole sulfonamide moiety at stoichiometric

excess of chlorine.

Carbadox, a veterinary antibacterial agent, also formed oxidation products

when reacted with chlorine [92]. These products are believed to maintain the

antibacterial activity because they kept the biologically active N-oxide group in

their structure.

Chlorination of the antacid cimetidine leads to the formation of four major DBPs:

cimetidine sulfoxide, 4-hydroxylmethyl-5-methyl-1H-imidazole, 4-chloro-5-methyl-

1H-imidazole, and a product proposed to be either a b- or d-sulfam. The formation

of the last three products resulted from unexpected reactions and more substantial

structural changes than those typically observed in chlorination [93].

The reaction of the lipid-regulator gemfibrozil with free chlorine yielded four

chlorinated derivatives of this compound [94]. Chlorination of acetaminophen

(paracetamol) generated 11 discernible DBPs, including the toxic compounds

1,4-benzoquinone and N-acetyl-p-benzoquinone imine and two ring chlorination

products, chloro-4-acetamidophenol and dichloro-4-acetamidophenol [95].

Shen and Andrews investigated several pharmaceuticals containing dimethy-

lamine or diethylamine in their structures as potential precursors of NDMA and

N-nitrosodiethylamine during chloramination [96]. Eight out of 19 pharmaceuticals

yielded molar conversions higher than 1%. Ranitidine, one of the most prescribed

drugs in the world, showed the strongest potential to form NDMA, as previously

reported [97]. NDMA-related compounds are also suggested to be generated when

controlled drugs like amphetamine-type drugs react with chloramines [98].

Although the latter is still to be proven, two chlorinated ring products, 4-chloro-

1,3-benzodioxole and 1-chloro-3,4-dihydroxybenzene were identified during the

chlorination of amphetamine-type drugs [98].

Ozonation of the antiepileptic drug carbamazepine resulted in the forma-

tion of three main DBPs: 1-(2-benzaldehyde)-4-hydro-(1H,3H)-quinazoline-
2-one, 1-(2-benzaldehyde)-(1H,3H)-quinazoline-2,4-dione, and 1-(2-benzoic
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acid)-(1H,3H)-quinazoline-2,4-dione [99]. Acridine, a compound with known

carcinogenic properties, acridine-9-carbaldehyde, and 9-hydroxy-acridine were

DBPs observed during the treatment of carbamazepine solutions with chlorine

dioxide [100]. Acridine and 1-(2-benzaldehyde)-(1H,3H)-quinazoline-2,4-dione
were also identified as major DBPs of ozonation and chlorination of

oxcarbazepine, a keto analog of carbamazepine [101].

Major oxidation products of propanolol and metoprolol formed during ozonation

in aqueous solution were investigated by Benner et al. [102, 103]. In the case of

propanolol, the main ozonation product is a ring-opened compound with two

aldehyde moieties, which results from ozone attack to the naphthalene ring [103].

Formation of aldehyde moieties was also one of the main oxidation routes during

metoprolol ozonation, together with hydroxylation [102].

Recently, Duirk et al. [34] showed evidence that iodinated X-ray contrast media

(ICM), such as iopamidol, constitute an iodine source to form iodo-THM DBPs,

e.g., dichloroiodomethane, and iodo-acid DBPs, e.g., iodoacetic acid, in chlorinated

and chloraminated drinking waters. However, the complete reaction pathway is not

fully understood yet, and it is under further investigation. Chloraminated and

chlorinated source waters with iopamidol were genotoxic and cytotoxic in mam-

malian cells. This is in agreement with the previously reported high genotoxicity

and cytotoxicity of the iodo-acids and iodo-THMs [20, 21].

6.2 Estrogen DBPs

As reviewed by Pereira et al. [104], the reaction of estrogens, that is estrone,

estradiol, and ethinylestradiol, with free chlorine occurs mainly via an electrophilic

substitution at the ortho and para positions, which results eventually in cleavage of
the aromatic structure. Several authors have reported that dichlorinated derivatives

present less estrogenic activity than monochlorinated derivatives, and in most

cases, estrogen DBPs are less potent in terms of estrogenicity than the parent

compounds.

Molecular ozone not only reacts easily with double bonds, activated aromatic

structures, or hetero-atoms, but it can also form highly reactive and nonselective

free radicals, e.g., HO•. Therefore, and due to the latter reaction mechanism, some

of the estrogens DBPs generated during the ozonation of estradiol water solutions

are common to those formed during diverse photocatalytic processes (O3/UV,

TiO2/UV, and photo-Fenton). In addition to forming hydroxylated derivatives

from estrogens, ozone can also form dicarboxylic acids via the opening of an

aromatic ring. This transformation route was also identified during the heteroge-

neous photocatalysis with TiO2 of estradiol [104].
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6.3 Pesticide DBPs

Oxidation of triazine herbicides with chlorine and chlorine dioxide has been widely

studied [105–108]. In the case of sulfur-containing triazines, oxidation occurs

mainly via cleavage of the weakened R–S–CH3 bond rather than by addition of

chlorine. Reactions of S-triazines with chlorine are faster than with chlorine

dioxide, and form sulfoxide, sulfone, and a sulfone hydrolysis product. Chlorina-

tion with chlorine dioxide only produced sulfoxide [108]. Lopez et al. identified the

formation of sulfonate esters during the chlorination of ametryn and terbutryn [106,

107]. Triazine DBPs identified by Brix et al. exhibited higher toxicities than the

parent compounds [105]. Similar to triazines, clethodim, a cyclohexanedione her-

bicide, is oxidized by hypochlorite and chloramines to clethodim sulfoxide and then

to sulfone [109].

Chlorpyrifos reacted with free chlorine to form chlorpyrifos oxon, which is more

toxic than the parent compound. Both compounds further hydrolyze to a more

stable product, 3,5,6-trichloro-2-pyridinol [110].

Chlorination products of glyphosate, one of the most widely used herbicide in

the world, and glycine, one of the intermediates in glyphosate chlorination, were

investigated byMehrsheikh et al. [111]. Both compounds followed a similar degrada-

tion route, with the final glyphosate chlorination products identified as methanediol

and other small molecules, such as phosphoric acid, nitrate, CO2, and N2.

Isoxaflutole is an isoxazole herbicide that, in the presence of hypochlorite,

hydrolyzed to a stable and phytotoxic metabolite, diketonitrile. This intermediate

further degraded to yield benzoic acid as the major end product, which is

nonphytotoxic [112].

Chlorination of waters containing two phenylurea-type herbicides, isoproturon

and diuron, results in the formation of THMs. The reaction of the phenylurea-type

herbicide isoproturon with chlorine produced compounds that still contained the

aromatic ring of the herbicide with the urea side-chain unmodified. The formation

of chlorinated and brominated derivatives was related to the bromide concentration

present in the water [113].

Zambodin et al. [114] studied the DBPs of the herbicide chlortoluron generated

during chlorination. In this case, halogenation (chlorination) and hydroxylation

reactions were the main transformation routes observed, taking place exclusively

on the aromatic ring of the molecule. Xu et al. [115] reported the formation of six

volatile DBPs, including chloroform, dichloroacetonitrile, 1,1-dichloropropanone,

1,1,1-trichloropropanone, dichloronitromethane, and trichloronitromethane.

Ozonation of organophosphorous pesticides led to the formation of oxon

intermediates (diazooxon, methyl paraoxon, and paraoxon for diazinon, methyl

parathion, and parathion, respectively) [116]. These compounds accumulated to a

different extent as a function of the solution pH.

The fungicide tolylfluanide was recently shown to form a new microbial trans-

formation product, N,N-dimethylsulfamide, which subsequently reacts with ozone

to form the carcinogenic NDMA [57]. This was discovered after high ng/L levels of
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NDMA were observed in ozonated drinking water from Germany and came as a

surprise because ozone does not form NDMA by reaction with natural organic

matter. The chlorination products of N,N-dimethylsulfamide have not been

investigated yet.

6.4 Personal Care Product DBPs

Parabens are widely used as preservatives in the cosmetic and pharmaceutical

industries and also as food additives, due mainly to their bactericidal and fungicidal

properties. Terasaki and Makino identified 14 monochloro- and dichloro-parabens

formed by chlorination of parabens [117]. Ozonation of parabens in aqueous

solutions produced paraben DBPs mainly through hydroxylation of their aromatic

ring and/or their ester chain [118].

Chlorination and chloramination of a widely used antibacterial additive, triclo-

san, which is used in many household personal care products, results in the

formation of chloroform, 5,6-dichloro-2-(2,4-dichlorophenoxy)phenol, 4,5-dichloro-

2-(2,4-dichlorophenoxy)phenol, 4,5,6-trichloro-2-(2,4-dichlorophenoxy)phenol, 2,

4-dichlorophenol, and 2,4,6-trichlorophenol [119]. The reaction of triclosan with

monochloramine is slow, however, compared to chlorine [120]. The chlorophenox-

yphenols are formed via bimolecular electrophilic substitution of triclosan.

Two UV filters (used to block UV-rays in sunscreens and other products), octyl-p-
methoxycinnamate and octyl-dimethyl-p-aminobenzoate, reacted with chlorine, pro-

ducing chlorine-substituted compounds as intermediates that finally cleaved to smaller

ester products [121]. Some of the identified octyl-p-methoxycinnamate DBPs showed

weak mutagenic properties. Chlorinated and brominated intermediates were formed

during chlorination of 2-ethylhexyl-4-(dimethylamine)benzoate and 2-hydroxy-4-

methoxybenzophenone, with trichloromethoxyphenol the most abundant DBP [122].

Chlorine DBPs of the polycyclic musks 6-acetyl-1,1,2,4,4,7-hexamethyl-

tetraline (AHTN) and 1,3,4,6,7,8-hexahydro-4,6,6,7,8,8-hexamethylcyclopenta-

g-2-benzopyran (HHCB), which are widely used fragrances in cosmetics, daily

care products, and cleaning products for household and industry, were investi-

gated by Kuhlich et al. [123]. This study evidenced chlorination of HHCB as a

potential new source of HHCB-lactone in the environment, other than biological

transformation.

Terpenoid DBPs were investigated by Joll et al. [124] and Qi et al. [125]. The

main ozonation product of 2-methylisoborneol was camphor, which was further

oxidized to formaldehyde, acetaldehyde, propanal, buntanal, glyoxal, and methyl

glyoxal [125]. Chlorination of b-carotene, retinol, b-ionone, and geranyl acetate

resulted in the formation of THMs [124].
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6.5 Alkylphenol Surfactant and Bisphenol A DBPs

Alkylphenol ethoxylate surfactants are widely used in laundry detergents. Chlori-

nation of these compounds results in the formation of halogenated nonylphenolic

DBPs, most of them brominated acidic compounds [126].

Bisphenol A, a compound highly used in the production of epoxy resins and

polycarbonate plastics, forms monochloro-, dichloro, trichloro-, and tetrachloro

derivatives when chlorinated [127]. Its reaction with ozone produces as major

transformation products, catechol, orthoquinone, muconic acid derivatives of

bisphenol A, benzoquinone, and 2-(4-hydroxyphenyl)-propan-2-ol [128].

6.6 Algal Toxin DBPs

Cyanobacterial toxins are toxins produced by certain species of blue-green algae that

have become a major environmental and public health concern. The behavior of

cyanotoxins during chlorination treatment has been recently reviewed by Merel et al.

[129]. Chlorination DBPs have been reported only for the hepatotoxins microcystin-

LR and cylindrospermopsin. Other cyanotoxins, such as nodularins, saxitoxins, and

anatoxins, have yet to be investigated. Different isomers of six chlorination products

of microcystin-LR have been characterized: dihydroxy-microcystin, monochloro-

microcystin, monochloro-hydroxy-microcystin, monochloro-dihydroxy-microcystin,

dichloro-dihydroxy-microcystin, and trichloro-hydroxy-microcystin. Only two chlo-

rination DBPs have been reported so far for cylindrospermopsin: 5-chloro-cylindros-

permopsin and cylindrospermopsic acid [129]. Chlorination of microcystin,

cylindrospermopsin, and nodularins seems to reduce the mixture toxicity; however,

this aspect has not been extensively studied [129].

7 Human Exposure

New research also indicates that exposures from other activities, including

showering, bathing, and swimming in chlorinated swimming pools can increase

exposures to certain DBPs [130–147]. DBPs are not only ingested by drinking the

water, but some can also be inhaled or can penetrate the skin [130–132, 134, 135].

In particular, volatile DBPs that easily transfer from the water to the air (including

THMs) can be inhaled during showering or visiting an indoor chlorinated swim-

ming pool – either through active swimming or from sitting near the pool, breathing

in the pool vapors. THMs, HAAs, and haloketones have been measured in human

blood, urine, or exhaled breath after showering, bathing, or swimming [130, 132,

134, 135, 141, 142, 145, 148]. These exposure routes are now being recognized

in human exposure and human epidemiologic studies.
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Recent results indicate that these other exposure routes may increase the risk of

bladder cancer [149]. There is also new evidence that genetic susceptibility may

play a role in bladder cancer. A recent epidemiologic study conducted in Spain

revealed that people who carry a particular glutathione S-transferase zeta-1 (GSTZ1)
polymorphism and are missing one or both copies of glutathione S-transferase theta-

1 (GSTT1) were particularly susceptible to bladder cancer when exposed to>49 mg/L
THMs in drinking water [6]. Approximately 29% of the Spanish study population

had this genetic susceptibility, and approximately 25% of the U.S. population would

also have this genetic susceptibility.

Chlorinated swimming pool exposures have also been linked with respiratory

effects, including asthma [140, 150–152]. Trichloramine, which is formed by the

reaction of chlorine with urea (from sweat and urine), has been suspected in these

cases of asthma. In addition to sweat and urine, pool waters also contain other DBP

precursors, such as skin cells, hair, and lotions/sunscreens.

To-date, only two efforts to comprehensively identify DBPs in swimming pools

have been reported. In the first, 19 DBPs were identified in outdoor swimming pools

[136]. In the second, >100 DBPs were identified in indoor chlorinated and

brominated pools, including many nitrogenous DBPs (haloamides, halonitriles,

haloanilines, haloamines, haloanisoles, and halonitro-compounds), likely due to

the nitrogen-containing precursors from swimmers (urine, sweat, etc.) [143].

Trichloramine and THMs were also measured in the pool air [143]. Nitrosamines

have been measured in chlorinated pools and hot tubs, up to a maximum of 429 ng/L

[137]. Levels observed were up to 500� greater than the level (0.7 ng/L) associated

with a one in a million lifetime cancer risk. Volatile DBPs, such as trichloramine,

dichloromethylamine, and dichloroacetonitrile, have also been measured in pool

waters using membrane introduction mass spectrometry (MIMS) [133]. Brominated

DBPs from sunscreens have been reported [136], as have DBPs from the reaction of

chlorine with parabens used in lotions, cosmetics, and sunscreens [117].

The mutagenicity, genotoxicity, and cytotoxicity of swimming pool waters

have recently been reported [143, 144, 146]). One study showed that pool waters

were significantly more toxic than their tap water sources [146]. Because THM

concentrations are similar between tap waters and pool waters, using THMs to

monitor exposure in epidemiological studies may not be the best metric. Pools

treated with a combination of UV light and chlorine disinfection indoors, or outdoor

sunlight exposure exhibited lower cytotoxicity than their indoor counterparts

disinfected with chlorine [146].

8 Combining Chemistry with Toxicology

More studies are combining DBP identification/measurement efforts with toxicol-

ogy to understand their potential health effects. For example, a large integrated

multidisciplinary study (called the Four Lab Study) was recently published

[13, 153, 154]. This effort involved the collaboration of chemists, toxicologists,
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engineers, and risk assessors from the four National Research Laboratories of the

U.S. EPA, as well as collaborators from academia and the water industry. For this

study, a new procedure using reverse osmosis was developed for producing

chlorinated drinking water concentrates for animal toxicology experiments. DBPs

were then comprehensively identified (resulting in the identification of>100 DBPs),

and 75 priority and regulated DBPs were quantified to assess what DBPs the animals

were exposed to. An extensive battery of in vivo and in vitro toxicity assays were

used, with an emphasis on reproductive and developmental effects. When the NOM

was concentrated first and disinfected with chlorine afterward, DBPs (including

volatiles and semivolatiles) were formed and maintained in a water matrix suitable

for animal studies. DBPs were relatively stable over the course of the animal studies

(125 days) with multiple chlorination events, and a significant proportion of the TOX

was accounted for through a comprehensive identification approach. Many DBPs

were reported for the first time, including previously undetected and unreported

haloacids and haloamides. The new concentration procedure not only produced a

concentrated drinking water suitable for animal experiments but also provided a

greater TOC concentration factor (136x), enhancing the detection of trace DBPs

that are often below detection using conventional approaches.

9 Analytical Methods for Identifying and Quantifying DBPs

Experiments to identify disinfection by-products (DBPs) have been carried out

using two different procedures. In the first, natural waters (e.g., river, lake) are

reacted with the disinfectant, either in a pilot plant, an actual treatment plant, or in a

controlled laboratory study. In the second type of procedure, aquatic humic material

is isolated and reacted with the disinfectant in purified water in a controlled

laboratory study. This latter type of study is relevant because humic material is

an important precursor of THMs and other DBPs. Aquatic humic material is present

in nearly all natural waters, and isolated humic material reacts with disinfectants to

produce most of the same DBPs found from natural waters. Because DBPs are

typically formed at low levels (ng/L-mg/L), samples are usually concentrated to

allow for DBP detection. Concentration methods that are commonly used include

solid phase extraction (SPE), solid phase microextraction (SPME), liquid–liquid

extraction, and XAD resin extraction (for larger quantities of water) [9].

9.1 GC/MS

GC/MS was the primary tool for identifying the first DBPs, and it remains an

important tool for measuring and identifying new DBPs. Large mass spectral

libraries (NIST and Wiley databases, which contain >200,000 spectra) enable

rapid identifications. When DBPs are not present in these databases, high-resolution
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MS, chemical ionization-MS, and sometimes GC/infrared spectroscopy (IR) have

been used with GC/MS to obtain structural information. Examples of the use of GC/

MS for identifying new DBPs include the recent identification of iodo-acids. The

iodo-acids were discovered in drinking water treated with chloramination through

the use of full-scan GC/MS on the methylated extracts. Empirical formula informa-

tion for both the molecular ions and the fragment ions was obtained by high-

resolution electron ionization (EI)-MS, and the spectra were interpreted to yield

tentative identifications of five new iodo-acids (iodoacetic acid, bromoiodoacetic

acid, (E)-3-bromo-3-iodopropenoic acid, (Z)-3-bromo-3-iodopropenoic acid, and (E)-
2-iodo-3-methylbutenedioic acid). Structural assignments were then confirmed by the

match ofmass spectra andGC retention times to authentic chemical standards, several

of which had to be synthesized.

GC/MS(/MS) is also popular for quantifying DBPs. Selected ion monitoring

(SIM) or multiple reaction monitoring (MRM) mode are used with GC/MS and GC/

MS/MS, respectively, to maximize the sensitivity and provide low detection limits.

Some EPA Methods utilize GC/MS, including EPA Method 524.2, which uses GC/

EI-MS for THM analysis [155], and EPA Method 521, which uses for GC/CI-MS/

MS for nitrosamine analysis [55]. In addition, many priority unregulated DBPs

have been measured using GC/MS in a U.S. Nationwide Occurrence Study [11, 12].

9.2 GC/ECD

GC/electron capture detection (ECD) is also used to measure DBPs. In particular,

EPA Method 552.2 and 552.3 are commonly used to measure haloacetic acids in

drinking water [156, 157]. ECD is very sensitive toward halogenated compounds

and allows low-level detection for HAAs (0.012–0.17 mg/L detection limits for

EPA Method 552.3).

9.3 LC and UPLC/MS/MS

LC/MS/MS and ultraperformance liquid chromatography (UPLC)/MS/MS are

increasingly being used to identify and quantify highly polar DBPs and probe

high-molecular-weight DBPs [158]. For example, LC/MS/MS was used to discover

the first haloquinone DBP found in drinking water: 2,6-dichloro-1,4-benzoquinone

[74]. In addition, a new nitrosamine method was created using LC/MS/MS, and

with this method, two new nitrosamine DBPs were found in drinking water –

nitrosopiperidine and nitrosodiphenylamine [56]. LC/MS/MS was essential for

detecting nitrosodiphenylamine, as it is thermally unstable and cannot be measured

by GC/MS. Derivatizing agents, such as 2,4-dinitrophenylhydrazine (DNPH), have

also been used with LC/MS to enable the detection of highly polar DBPs; these are

discussed in the later section on derivatizing agents.
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The presence of high-molecular-weight DBPs had been indicated in research

using UF membranes and TOX analysis. This research revealed that >50% of the

total halogenated material in chlorinated drinking water may be >1,000 Da in

molecular size [81]. Subsequent LC/ESI-MS/MS studies have been used to probe

its chemical composition [159]. 36Cl-labeled HOCl (aqueous chlorine) has also

been used to react with NOM to enhance the detection of chlorine-containing

DBPs in the high-molecular-weight fractions [84, 159]. Results revealed a highly

dispersed molecular weight distribution, and an average molecular mass of

2,000 Da.

Precursor ion scans of chlorine (m/z 35), bromine (m/z 79 and 81), and iodine

(m/z 127) have also been used to target chlorinated, brominated, and iodinated

DBPs, respectively [82, 83, 160]. For example, precursor scans of m/z 127 were

used with UPLC/ESI-MS/MS to provide a more comprehensive picture of polar

iodinated DBPs formed in drinking water [83]. This recently allowed the detection

of 17 iodo-DBPs, including a few that had not been previously reported.

9.4 IC/ICP-MS and IC/ESI-MS

A few DBPs, such as bromate, chlorate, iodate, and chlorite, are present as anions in

drinking water. As a result, they are not volatile and cannot be analyzed by GC/MS.

They are also difficult to separate by LC, but will separate nicely using ion

chromatography (IC). At neutral pH, HAAs are also anions and can be separated

using IC. A number of methods have been created for these DBPs using both IC/

inductively coupled plasma (ICP)-MS and IC/ESI-MS. Pretreatment to remove

interfering ions (e.g., sulfate and chloride), along with the use of a suppressor

column prior to introduction into the MS interface, is beneficial for trace-level

measurement.

Several EPA Methods have been created for measuring bromate, a carcinogenic

DBP that is currently regulated in U.S. drinking waters at 10 mg/L. Two of these use
mass spectrometry: EPA Method 321.8 and EPA Method 557. EPA Method 321.8

uses IC/ICP-MS and can achieve 0.3 mg/L detection limits [161], EPA Method 557

uses IC/ESI-MS/MS and can achieve 0.02 mg/L detection limits [162]. EPAMethod

557 can also be used to measure the commonly occurring chloro-bromo-HAAs

(HAA9) and dichloropropanoic acid, with detection limits ranging from 0.015

to 0.20 mg/L. Roehl et al. published a good review covering the use of IC/ESI-

MS for analyzing HAAs and bromate [163], and Paull and Barron published a nice

review of IC applications (including IC/ESI-MS and IC/ICP-MS) for measuring

HAAs [164].

Shi and Adams recently created a rapid IC/ICP-MS method for simultaneously

measuring iodoacetic acids, bromoacetic acids, iodate, and bromate in drinking

water, groundwater, surface water, and swimming pool water [165]. Method detec-

tion limits were sub-mg/L for iodinated DBPs, and low-mg/L for brominated DBPs.
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However, mono-, di-, and tri-chlorinated species could not be detected because the

sensitivity of ICP-MS for chlorine is poor.

9.5 IC/Conductivity

Bromate has also been measured using IC with conductivity detection. For example,

EPAMethod 302.0 uses two-dimensional IC with suppressed conductivity detection

to measure bromate at 0.12 mg/L detection limits [166]. Bromate, chlorite, and

chlorate can also be measured by an earlier EPA Method (Method 300.1), which

uses IC with conductivity detection [167]. Method detection limits ranging from

0.45 to 1.28 mg/L can be achieved.

9.6 MIMS

MIMS is a technique that uses a semipermeable membrane for directly introducing

analytes into the mass spectrometer. This allows analytes to be measured in real-

time with little or no sample preparation. MIMS has been previously used to

measure the stability of CNCl in chlorinated and chloraminated drinking water

[168], to quantify CNCl and CNBr in drinking water [169], to measure chloramines

and chlorobenzenes in water samples [170], and investigate the mechanism and

kinetics of chloroform formation in drinking water [171]. More recently, it has been

used to measure volatile DBPs in indoor swimming pools [138, 172].

9.7 FAIMS-MS

High-field asymmetric waveform ion mobility spectrometry (FAIMS)-MS offers an

additional degree of separation of analytes, based on the differences in the ratio of

ion mobility at high electric field vs. low field [173]. When used with ESI-MS,

FAIMS can significantly reduce chemical backgrounds and enhance the detection

of DBPs. Low ng/L detection limits can often be achieved without precon-

centration, extraction, or derivatization. ESI-FAIMS-MS has been used to measure

HAAs in drinking water and human urine [174, 175]; bromate, chlorate, and iodate

in drinking water [176]; and nitrosamines in drinking water [177, 178]; and in

wastewater-treatment plant effluents [179].
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9.8 Derivatization Techniques

For some classes of compounds, derivatizations are performed to enable their

detection (Table 3). For example, methylations enable the detection and measure-

ment of carboxylic acids (including haloacids) by GC/MS. Derivatization with

o-(2,3,4,5,6-pentafluorobenzyl)hydroxylamine (PFBHA) is popular for the GC/

MS analysis of polar aldehydes and ketones that are difficult or impossible to

extract from water without derivatization. And, N-methyl-bis-trifluoroacetamide

(MBTFA) derivatization with GC/ion trap-MS/MS was recently shown to offer

improved detection limits for measuring MX (3-chloro-4-(dichloromethyl)-5-

hydroxy-2(5H)-furanone) in drinking water [180]. Silylating agents, such as bis

(trimethylsilyl)trifluoroacetamide (BSTFA) and N-methyltrimethylsilyltrifluoroa-

cetamide (MSTFA), are sometimes used to derivatize alcohols/phenols to enable

their detection by GC/MS. For example, BSTFA derivatization has been used

recently with GC/MS to identify several DBPs formed by the chlorination of

parabens (para-hydroxybenzoate esters), which are water contaminants used as

preservatives in a wide variety of personal care products (e.g., sunscreens, bath gels,

shampoos, and toothpaste) [117].

Several newer derivatization techniques have also been developed for enabling

the identification of new, highly polar DBPs with GC/MS or LC/MS(/MS). For

example, chloroformate derivatizing agents have been developed for extracting highly

polarDBPswithmultiple hydroxyl, carboxyl, and amino substituents for analysis with

GC/negative chemical ionization-MS [181, 182]. DNPH [183], O-(carboxymethyl

hydroxylamine) (CMHA) [184], and 4-dimethylamino-6-(4-methoxy-1-naphthyl)-

1,3,5-triazine-2-hydrazine (DMNTH) [185] have been used with LC/MS(/MS) to

extract and identify highly polar carbonyl DBPs in drinking water.

Table 3 Derivatizing agents used to identify and measure DBPs

Derivatizing agent Target functional group MS mode

Diazomethane Carboxylic acids GC/MS

BF3/Methanol Carboxylic acids GC/MS

1-(Pentafluorophenyl) diazoethane Carboxylic acids GC/MS

Pentafluorobenzylhydroxylamine (PFBHA) Carbonyls (aldehydes, ketones) GC/MS

Bis(trimethylsilyl)trifluoroacetamide

(BSTFA)

Alcohols, phenols GC/MS

N-methyltrimethylsilyltrifluoroacetamide

(MSTFA)

Alcohols, phenols GC/MS

5-Chloro-2,2,3,3,4,4,5,5-octafluoropentyl

chloroformate (ClOFPCF)

Alcohols, amines, carboxylic acids GC/NCI-MS

2,4-Dinitrophenylhydrazine (DNPH) Carbonyls (aldehydes, ketones) LC/MS

4-Dimethylamino-6-(4-methoxy-1-

naphthyl)-1,3,5-triazine-2-hydrazine

(DMNTH)

Carbonyls (aldehydes, ketones) LC/MS

O-(carboxymethyl hydroxylamine)

(CMHA)

Carbonyls (aldehydes, ketones) LC/MS
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9.9 Near Real-Time Methods

Researchers continue to pursue the development of new instruments to enable real-

time measurements of DBPs in drinking water, which would be a tremendous

benefit to drinking water utilities and to epidemiologists, who could obtain more

accurate exposure information for their studies. A recent development includes a

new instrument that can selectively measure THMs and HAAs in near real-time

directly from drinking water distribution systems [186]. The instrument uses a

capillary membrane sampler-flow injection analyzer and is based on the fluores-

cence of the reaction of nicotinamide in basic solution with THMs and HAAs. The

analyzer alternates sampling between two sample loops connected to a capillary

membrane sampler, which discriminates between the volatile THMs and the non-

volatile HAAs. Low mg/L detection limits are possible for the four regulated THMs

and five regulated HAAs (chloro-, dichloro-, trichloro-, bromo-, and dibromoacetic

acid), and results compare favorably to EPA Methods. This method provided

automated online sampling with hourly sample analysis rates.

9.10 Total Organic Chlorine, Bromine, and Iodine

A few years ago, Minear’s group at the University of Illinois pioneered the

development of a method to speciate TOX, such that total organic chlorine

(TOCl), total organic bromine (TOBr), and total organic iodine (TOI) could be

differentiated [187]. This method involves the sorption of analytes onto activated

carbon, followed by removal of inorganic analytes, combustion of the activated

carbon, bubbling the combustion gas into ultrapure water, and injection of this

water onto an ion chromatograph for measurement of chloride, bromide, and iodide.

The original TOX measurement served a useful purpose in providing an idea of the

total halogenated material formed in chlorinated and other disinfected waters, so

that it could be determined how much of the halogenated DBPs were being

accounted for through quantification of targeted DBPs. This measurement has

been widely used and has revealed that more than 50% of the halogenated DBPs

in drinking water are still not accounted for. The development of the TOCl/TOBr/

TOI method allowed an even finer distinction of these DBPs, and has become an

important measurement because of increased toxicity among the brominated and

iodinated DBPs. This method was recently used to measure the contribution of

chlorinated, brominated, and iodinated DBPs to the mixture of halogenated DBPs

formed in iodine point-of-use treatments [8]. This method was also recently used to

follow the formation of TOCl and TOBr over time in a kinetic study of DBPs from

chlorination [188].

Drinking Water Disinfection By-products 125



10 Conclusions

Through more than 30 years of research, many DBPs have been identified, and we

have a greater understanding of how they are formed, as well as ways to reduce or

eliminate many of them. However, despite much research, more than 50% of the

halogenated DBPs in chlorinated drinking water remains unaccounted for, and

much less is accounted for with ozone, chloramine, and chlorine dioxide treatment.

It is especially important to investigate DBPs formed by alternative disinfectants

because more water-treatment plants in the U.S. are changing from chlorine to

alternative disinfectants to meet requirements of the new regulations. Beyond the

three most popular alternative disinfectants (chloramines, ozone, and chlorine

dioxide), there is also a trend toward nonchemical disinfection, such as UV irradia-

tion and membrane technology. UV irradiation is sometimes presented as a DBP-

free disinfectant, but it has the potential to form hydroxyl radicals in water

(as ozone does), which can produce oxygen-containing DBPs and has been

shown to activate NOM to make it more reactive toward chlorine. The use of

membranes in desalination plants can cause shifts to brominated DBPs when the

disinfectant is added (due to the considerable amount of bromide that can traverse

the membrane). It will be important to continue to investigate these new treatments

to determine their relative safety compared to existing treatment technologies.

In addition, it is important to continue research on contaminant DBPs. With

increased drought and increased populations in many parts of the world, our rivers

contain increasingly higher concentrations of anthropogenic contaminants, which

can also form hazardous DBPs. It is important to study their formation and devise

wastewater and drinking water-treatment methods that will remove them.

Finally, it is paramount to determine which DBPs are responsible for human

health effects observed and eliminate or minimize them in drinking water. As

mentioned earlier, it is still not known which DBPs are responsible for the bladder

cancer observed in human epidemiologic studies or which DBPs are responsible for

the reproductive/developmental effects observed. Investigating new, emerging

DBPs that show a toxic response is an important element in solving this important

human health issue, as is investigating human health effects from routes of expo-

sure beyond ingestion. In this regard, it will be important to consider inhalation and

dermal exposure in future toxicity studies, so it can be determined which exposure

route(s) are responsible for the adverse human health effects and also which DBPs

are responsible.
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Micro-pollutants in Hospital Effluent:

Their Fate, Risk and Treatment Options

Paola Verlicchi, Alessio Galletti, Mira Petrovic, and Damià Barceló

Abstract This chapter deals with the physicochemical characteristics of hospital

effluents, focusing on both macropollutants (conventional contaminants) and

micro-pollutants (pharmaceutical compounds, heavy metals and diagnostic agents).

It compares their typical concentration ranges measured in hospital effluents and

urban wastewaters and then discusses the behaviour of micro-pollutants, mainly

pharmaceutical compounds during common treatment processes and upon their

release into the environment, attempting to find correlations with their physical

properties. It then goes on to provide an overview of the most commonly adopted

strategies for managing and treating hospital effluents worldwide, focusing on the

ability of the various treatments to remove the wide spectrum of pharmaceuticals

contained therein. Some considerations are also made on the tools available for

assessing the environmental risks posed by the discharge of hospital effluents, and,

finally, guidelines for the best treatment options are proposed.

Keywords Environmental risk assessment, Hospital effluents, Management and

treatment, Pharmaceuticals
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1 Introduction

Environmental contamination by pharmaceutical compounds (PhCs) has become

an issue of great concern to many countries in recent years. Hence, the European

Community has recently funded several projects to quantify their presence in water

bodies and wastewaters, to evaluate the removal rates of compounds from major

therapeutic classes during conventional and advanced treatments and to assess the

risks they pose to the environment. Notable examples of these studies are:

– ERAVMIS (Environmental Risk Assessment of Veterinary Medicines in Slurry,
1999–2003), whose aim was to evaluate the impact of some veterinary

antibiotics (mainly macrolides and sulphonamides)

– REMPHARMWATER (Evaluation of the presence of pharmaceutical
compounds, 2000–2003), which studied the removal kinetics of some antibiotics

in the major processes employed by wastewater treatment plants (WWTPs)

– POSEIDON (Assessment of technologies for the removal of pharmaceuticals
and personal care products in sewage and drinking water facilities to improve
the indirect potable water reuse, 2001–2004), which focussed on the removal

capacity of WWTPs and waterworks for the main micro-pollutants

– ERAPharm (Environmental Risk Assessment of Pharmaceuticals, 2004–2007),
which focussed on the fate of a wide range of pharmaceuticals in the environment

– PILLS (Pharmaceuticals Input and Elimination from Local Sources,
2007–2012), which investigated solutions for pharmaceutically burdened waste-

water directly at source.
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Although these studies aimed to monitor the occurrence of PhCs at the various
stages in the water management cycle, i.e. generic urban wastewaters (UWWs) [1],

conventional WWTP effluents (particularly conventional activated sludge (CAS)

effluents) [2, 3], surface wastewater [4] and/or drinking water from different water-

works, and to evaluate the removal capacity of the most common treatment steps

[5, 6], studies generally confined themselves to the investigation of a limited number

of PhCs, in particular antibiotics (mainly ciprofloxacin, norfloxacin, ofloxacin,

sulfamethoxazole) and anti-inflammatories/analgesics (paracetamol, ibuprofen

and diclofenac). Furthermore, few studies have thus far been devoted to monitoring

these compounds in specific wastewaters (i.e. effluent from hospitals, livestock

farms and pharmaceutical factories) (among them [7–10]), despite many authors

(including [11, 12]) indicating hospitals in particular as hot spot sources of environ-

mental contaminants. In fact, a great variety ofmicro-contaminants, including active

principles of drugs and their metabolites, as well as other chemicals, heavy metals,

disinfectants and sterilizing agents, specific detergents for endoscopes and other

instruments, radioactive markers and iodinated contrast media (ICM), are produced

through diagnostic, laboratory and research activities and/or excreted by medicated

patients.

From a treatment perspective, despite their specific contents, hospital waste-

waters (HWWs) are quite often considered to be of comparable pollutant nature to

UWWs and, as such, are discharged directly into public sewers and co-treated with

UWWs at the nearest WWTP. Unsurprisingly, this management strategy is cur-

rently the subject of lively debate in the scientific community [12–14], which has

recently begun to evaluate the hospital contribution to UWWs in terms of micro-

pollutant load at a local level.

The issue of improving HWW management and treatment is by no means a

simple one to resolve; in fact, in these early stages, not only do PhC concentrations in

hospital effluents require accurate evaluation, but their annual loads also need to be

determined and the efficacy of existing treatments assessed for each PhC present in

HWW. In addition, the characteristics of each particular receiving water body

(average, minimum and maximum flow rate, use) will also have an effect on manage-

ment strategy outcomes. Moreover, any study into this issue must involve careful

consideration, on a case-by-case basis, of the size of the hospital and its catchment

area, its bed density (the number of beds per 1,000 inhabitants resident in the

surrounding area), the characteristics of the local WWTP and the risks posed by

the presence of micro-contaminant residues in the treated effluent discharged into

the environment.

Below, an in-depth analysis of the state-of-the-art of physicochemical characteri-

zation of HWWs is presented, comparing them with UWWs. The fate of PhCs during

treatment and in the environment is then discussed, making an attempt to identify the

properties that can best predict their behaviour. A brief review of the strategies

commonly adopted for treating HWWs is then provided, followed by several

considerations on the assessment of the environmental risks posed by these kinds of

effluent. To complete the study, the previous considerations are extrapolated to

suggest some guidelines for the management and treatment of HWWs.
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2 Characteristics of Hospital Effluents

2.1 Macropollutants

Based on an in-depth review of the international literature on conventional

pollutants (mainly BOD5, COD, SS, TKN, NH4, NO3, total P, E. coli, surfactants
and faecal and total coliforms) found in wastewaters from hospitals of different

sizes (60–900 beds), ward types and locations, [9] identified their typical concen-

tration ranges in hospital effluents. In particular, that study provided estimated

average values and cumulative frequency bands (Figs. 1–3) for BOD5, COD and

SS in HWWs. This was performed by grouping the literature minimum and

maximum values of each of these conventional parameters reported in hospital

effluents, and subsequent elaboration yielded the minimum and maximum cumula-

tive frequency curves for each contaminant. This approach revealed that the

specific daily contribution of each hospital patient is 150–170 g BOD5 patient�1

d�1, 260–300 g COD patient�1 d�1 and 120–150 g SS patient�1 d�1. Comparison of

these values with those generally adopted for a person equivalent (p.e.) in UWW,

respectively 50–60 g BOD5 p.e.
�1 d�1, 100–120 g COD p.e.�1 d�1, 90–120 g SS p.

e.�1 d�1, shows that a hospital patient is responsible for a mean two- to three fold

greater contribution than a generic inhabitant.
Other authors [8, 13, 15–23] have reported the ranges of variability and

corresponding average values of a wider range of conventional contaminants in

Av. value 
200 mg L-1

Fig. 1 Cumulative frequency curves for BOD5 in HWWs

Av. value 
500 mg L-1

Fig. 2 Cumulative frequency curves for COD in HWWs
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hospital and urban wastewaters. These data are summarized in Table 1, and further

details of quali-quantitative characterization of hospital and urban effluents and

their variability over the course of a day and a year can be found in [24].

The most common disinfectants in use nowadays are sodium hypochlorite,

peracetic acid, ammonium quaternary salts, aldehydes, alcohols and phenol

compounds. However, according to [25], all disinfectants require special attention.

Indeed, glutaraldehyde, used widely in the past but now generally discarded in

favour of compounds with a smaller impact on WWTP biological processes, has

been found in concentrations ranging from 0.5 to 3.72 mg L�1 [15]. Moreover,

triclosan, a common detergent and antimicrobial agent found in many personal care

Av. value
160 mg L-1

Fig. 3 Cumulative frequency curves for SS in HWWs

Table 1 Range of variability in concentrations of the main physical, chemical and

microbiological parameters in HWWs and UWWs and their corresponding average values in

brackets

Parameters HWWs UWWs

pH 6.3–9.2 (8) 7.5–8.5

Conductivity, mS cm�1 297–1,000 (850) 420–1,340

SS, mg L�1 120–400 (160) 120–350

VSS/SS 0.45–0.75 (0.58) 0.65–0.8

COD, mg L�1 450–2,300 (650) 500–600

BOD5, mg L�1 150–603 (200) 100–400

TKN, mg L�1 30–100 (45) 20–70

NH4 mg L�1 10–68 (30) 12–45

Total P, mg L�1 0.2–8 (5) 4–10

Chlorides, mg L�1 80–400 (220) 30–100

Fats and oils, mg L�1 13–60 (25) 50–150

Total detergentsa, mg L�1 3–7.2 (4.5) 4–8

Disinfectants, mg L�1 2–200 –

COD/BOD5 1.4–6.6 (2.5) 1.7–2.4

Total coliforms, MPN/100 mL 106–109 (106) 107–108

Faecal coliforms, MPN/100 mL 103–107 (105) 106–107

E. coli, MPN/100 mL 103–106 (104) 106–107

Streptococci, MPN/100 mL 103–105 (104) 103–105

aDetergents include ionic and non-ionic compounds
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products (detergents, disinfectants and pharmaceuticals), was detected in the range

0.12–210 mg L�1 [2, 26].

As regards microbiological parameters, no consistent differences in variability

ranges between hospital and urban effluents were revealed, as reported in Table 1.

Nevertheless, over the last decade, [27–29] have detected the presence of several

bacterial strains carrying different resistance genes in hospital effluents. Chitnis et al.

[30] found that these patterns of resistance included concomitant resistance to

ampicillin, cephalosporin-aminoglycosides, quinolones, co-trimoxazole, tetracycline

and chloramphenicol, i.e. to the majority of existing antibiotics. Furthermore, they

found that residential sewage samples harboured far smaller multi-drug-resistant

(MDR) populations than the hospital effluents investigated. In fact, samples from

the municipal sewage stream just upstream of the hospital effluent outlet failed to

reveal MDR bacteria. Resistant populations were however detected after the hospital

effluent had been mixed with the UWW, and 0.5% persisted 100 m downstream and

0.06% at a distance of 2 km from the hospital effluent discharge point.

Similarly, Prado et al. [31] reported that HWWs may contain, on average,

approximately 2-log higher levels of enteric viruses, mainly rotavirus A (RV-A)

and human adenovirus (HAdV), than raw UWWs.

2.2 Micro-pollutants

Hospital effluent also contains a large variety of micro-contaminants, which are

generally present in concentrations ranging from ng L�1 to mg L�1. Examples of

these chemicals include PhCs, AOX (organic halogens adsorbable onto active

carbon), volatile halogenated organic compounds and other organic compounds

including acetaldehyde, ketones, alcohols acetates and phenols [23].

Sources of AOX include PhCs, their metabolites, chlorine-forming disinfectants,

used in cleaning activities, and halogen-containing solvents, employed in

laboratories, as well as other chemical substances like ethidium bromide [17].

AOX levels have been found to range from 150 to 7,760 mg L�1 in HWWs, in

stark contrast to the 0.04–0.2 mg L�1 range measured in UWWs.

Heavy metals have also been discovered in HWWs [23, 32], particularly,

platinum, excreted by oncology patients treated with cis-platinum, carboplatinum

or other cytostatic agents [33, 34]; mercury, usually found in diagnostic agents and

active ingredients of disinfectants and diuretics [17]; gadolinium, present in

iodinated contrast media (ICM) and, due to its high magnetic moment, used in

magnetic resonance imaging (MRI) [35]. Silver, nickel, zinc, copper, lead and

arsenic, whose organic complexes are very quickly excreted as their parent

compounds following administration, have also been detected in hospital wastewa-

ter samples, at concentration ranges reported in Table 2 [13, 23, 35, 36]. These

metals are non-degradable and highly toxic in some oxidative states.

These micro-pollutants are also considered emerging contaminants: unregulated
pollutants which may be candidates for future regulation depending on their

potential health effects and the results of monitoring of their occurrence.
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Their main characteristic is that they do not need to persist in the environment to

cause negative effects, as high transformation/removal rates are cancelled out by

their continuous introduction into the environment [37].

Medicaments are composed of one or more active pharmaceutical ingredients

(APIs) also called parent compounds, designed to provoke the desired effect,

together with an adjuvant component, which may include pigments and dyes.

Much of the focus has thus far been on API concentrations in the aquatic environ-

ment; these molecules are generally complex, possessing different functional

groups and physicochemical and biological properties; they are quite often polar

and have a molecular weight ranging from 200 to 500/1,000 Da. APIs are generally

grouped according to their therapeutic effect, i.e. analgesics/anti-inflammatories,

antibiotics, anti-diabetics, anti-hypertensives, barbiturates, beta-agonists, beta-blockers,

diuretics, lipid regulators, psychiatric drugs, receptor antagonists anti-neoplastics and

X-ray ICMs, rather than their chemical structure, as even minute changes in the latter

may cause significant difference in polarity, solubility and/or other important properties

that influence and define their environmental fate.

After administration, the active substances of medicines are metabolized, but

only to a certain extent. The unmetabolized active substances (varying between

10% and 95%) are excreted, largely through the renal system (urine) and partially

through the biliary system (faeces), depending on the nature of the compound and

the individual in question [38]. As a consequence, API residues join wastewater and

enter the water cycle through the sewage system as unchanged substances (parent

compounds), a mixture of metabolites or conjugated with an inactivating compound

attached to the molecule [39, 40], whose fate in the environment will be governed

by their characteristics (mainly solubility, volatility, adsorbability, absorbability,

biodegradability, hydrophilicity, lipophilicity, polarity and stability) as well as

environmental conditions (temperature, pH, aerobic/anaerobic/anoxic conditions).

Verlicchi et al. [36] found that antibiotics, analgesics/anti-inflammatories and

steroid compounds are the therapeutic classes most abundantly administered in

Italian hospitals, but consistent consumption of cardiovascular compounds,

tranquilizers, anti-neoplastics and anaesthetics was also detected. According to

other authors in other localities [32, 41], PhCs detected in the largest amounts in

hospital effluents are antibiotics, anti-epileptics, beta-blockers, lipid regulators and

Table 2 Typical

concentration ranges of

the main heavy metals

in hospital effluent

Heavy metal Concentration range, mg L�1

Hg 0.04–5.03

Gd 1–100

Pt 0.01–41.3

Ag 150–437

As 0.8–11

Cu 50–230

Ni 7–71

Pb 3–19

Zn 70–670
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anti-neoplastics. Thus, PhC consumption varies from country to country, especially

given worldwide variation in restrictions on the use of some of these compounds (e.g.

vancomycin is widely used as a first-line antibiotic in the United States, whereas its

use in European countries is highly restricted), and from year to year, due to continual

progress in drug development. Furthermore, PhC concentrations in effluents may

change over the course of a single year. Indeed, analysis of the distribution of PhC

consumption throughout the year reveals the existence of critical months, featuring

greater administered quantities, especially of antibiotics [36].

The range of variability of the concentrations of most prevalent compounds

detected in hospital effluent, grouped according to their therapeutic class, is

reported in Table 3 [8, 23, 42–47]; ICMs are included in the list, even though

they are more diagnostic than pharmaceutical agents, as they are denoted micro-

pollutants and emerging contaminants.

Table 3 Concentration ranges of the most abundant PhCs measured in hospital effluent, grouped

according to their therapeutic class

Therapeutic class Investigated compounds Range in HWW

mg L�1

Analgesics/anti-inflammatories Codeine

Diclofenac

Ibuprofen

Indomethacin

Ketoprofen

Ketorolac

Naproxen

Paracetamol

Salicylic acid

0.02–50

0.24–15

0.07–77

0.3–6.1

0.8–10

0.2–60

9.8–18

1.4–1,368

2–70.1

Antibiotics Azithromycin

Cephalexin

Cephazolin

Ciprofloxacin

Clarithromycin

Coprofloxacin

Doxycycline

Erythromycin

Lincomycin

Metronidazole

Norfloxacin

Ofloxacin

Oxytetracycline

Penicillin G

Sulfamethoxazole

Tetracycline

Trimethoprim

0.11–1.1

0.1–2.5

0.2–6.2

0.03–125

0.2–3

0.85–2

0.1–6.7

27–83

0.3–2

0.1–90

0.029–44

0.353–37

0.01–3.75

0.85–5.2

0.04–83

0.01–4.2

0.01–15

Psychiatric drugs Carbamazepine

Fluoxetine

Lorazepam

0.54–2.1

0.018–0.19

0.17–0.80

Anti-hypertensives Diltiazem

Enalapril

0.71–1.6

0.07–0.40

(continued)
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Reported concentrations generally refer to those measured in 24-h composite

samples, giving their average values over the course of the day, thereby “balancing”

the fluctuations in their concentrations during the 24-h monitoring period. PhC

concentration trends have been investigated by several authors; to give a general

idea of their findings, data reported for paracetamol [4] and ciprofloxacin [7] are

shown in Fig. 4. Profiles of other PhCs are documented in [9, 24].

Table 3 (continued)

Therapeutic class Investigated compounds Range in HWW

mg L�1

Hydrochlorothiazide

Lisinopril

0.54–5.5

0.08–0.61

Anti-neoplastics 5-fluorouracil

Methotrexate

Cyclophosphamide

Ifosfamide

Tamoxifen

5–124a

1

0.019–4.5

0.01–1.9

0.001–0.04

Beta-blockers Atenolol

Metoprolol

Pindolol

Propranolol

Sotalol

2.2–6.6

0.42–25

0.032–0.26

0.030–6.2

0.61–6.7

Hormones 17b-estradiol, E2

Estriol, E3

Estrone, E1

Ethinylestradiol, EE2

0.028–0.043

0.353–0.502

0.017–0.034

0.015–0.018

Contrast media Iobitridol

Iopromide

Iomeprol

0.1–3213

0.2–2,500

0.01–1392

Anti-diabetics Glibenclamide 0.048–0.113

Barbiturates Butalbital

Pentobarbital

Phenobarbital

0.014–0.48

0.011–0.15

0.013–0.36

Beta-agonists Clenbuterol

Salbutamol

0.86–1.19

0.04–0.14

Diuretics Furosemide 5.3–18

Lipid regulators Atorvastatin

Bezafibrate

Clofibric acid

Gemfibrozil

Mevastatin

Pravastatin

0.062–0.31

0.042–2.9

0.01–0.043

0.014–0.064

0.068–2.0

0.064–1.1

Receptor antagonists Cimetidine

Famotidine

Loratadine

Ranitidine

0.019–0.26

0.048–0.087

0.015–0.026

0.24–4.1
aIn the sewage of an oncology ward
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Unfortunately, not only is chemical detection of these micro-pollutants costly,

time-consuming and complex, it also requires very expensive instrumentation and

specialized personnel; furthermore, authorization for sampling hospital water is not

always forthcoming. Hence, some authors have suggested the use of predicted
environmental concentrations (PECs) as an alternative method of characterizing

hospital effluents [34, 48, 49]. PECs may be calculated from annual consumption

values [50, 51] using formulae such as the simplified model given in (1); this

estimates the PEC on the basis of the medicament consumption M (g) in a given

reference period (generally a year), excretion values fexcreted (%) and water volume

V consumed inside the structure during the same reference period (m3).

PEC ¼ M fexcreted
V

(1)

Consumption of medicaments is usually expressed in terms of number of daily

defined doses (DDD) administered, nDDD, as set by the World Health Organization

[52]. The correlation between M and nDDD is expressed by (2):

M ¼ nDDD DDDAPI (2)

where DDDAPI is the daily defined dose of the pharmaceutical compound in

question. As an example, consider that for medicament P, the corresponding

DDDAPI is equal to 3 mg of its active ingredient (API) and that a packet contains

60 mg of this active ingredient. This means that each packet contains 60/3 ¼ 20

DDDAPI. If 2,000 packets are consumed in the reference period, the corresponding

consumption expressed as nDDD is equal to 2,000 � 20, i.e. 40 000, while the mass

of API consumed in the same period is 40,000 � 3 or 120,000 mg.

12
.0

0 
A

M

2.
00

 A
M

4.
00

 A
M

6.
00

 A
M

8.
00

 A
M

10
.0

0 
A

M

12
.0

0 
P

M

2.
00

 P
M

4.
00

 P
M

6.
00

 P
M

8.
00

 P
M

10
.0

0 
P

M

ciprofloxacin
paracetamol
ciprofloxacin
paracetamol

M
ea

su
re

d
 c

o
n

ce
n

tr
at

io
n

, m
g

 L
-1

ciprofloxacin
paracetamol

0

20

40

60

80

100

120

140

160

180

200

Fig. 4 Variation in hospital effluent concentrations of two common pharmaceutical compounds

over a 24-h period

148 P. Verlicchi et al.



However, predicted concentrations do not always accurately reflect those

measured; this is due to several reasons, including variation in consumption

patterns throughout the year, the use of an inaccurate excretion rate fexcreted, UV
exposure setting off unavoidable photodegradation processes during sampling and

transportation, inappropriate sample conservation methods and adsorption onto

particulates present in wastewater [34, 49].

3 Fate of Pharmaceutical Compounds

As mentioned earlier on, after administration, PhCs are eliminated as a mixture of

unchanged parent compounds and their metabolites. Although it would seem

obvious that a highly metabolized compound (i.e. with a low excretion rate) is

more easily degraded in the environment, a negative correlation has in fact been

found between the proportion of pharmaceuticals excreted and their concentrations

in the environment, thereby suggesting that poorly excreted pharmaceuticals may

have an inherently low environmental degradability [38]. In fact, once in the

sewage network, pharmaceuticals may embark on different pathways, perhaps

exhibiting great stability and persistence in the environment or perhaps being

subjected to volatilization, biological or chemical degradation and/or sorption

onto solids or other particles.

The complex behaviour of pharmaceuticals in the sewage network and during

subsequent wastewater treatment is correlated to the nature of their molecular struc-

ture, whichmay contain concomitant acidic and basic functional groups, as in the case

of both ciprofloxacin and ceftazidime. This implies that these molecules may be

considered as neutral, cationic, anionic or zwitterionic [53], according to the particular

environmental conditions, which will consequently affect their behaviour.

Hence, a working knowledge of the physicochemical properties of PhCs may

help provide a (rough) prediction of the processes occurring during their passage

through WWTPs. These processes may involve sorption onto solids, biodegrada-

tion or chemical transformation, and, after their discharge into a surface water body,

residual PhCs may be subjected to photolysis and photodegradation, which may

result in a reduction of their potential environmental impact [3, 53].

PhC properties most investigated by scientists to date are their water solubility

(s, mg/mL), volatility (correlated to the Henry constant H) (mg m�3 air/mg m�3

wastewater), biodegradability (correlated to pseudo-first-order degradation con-

stant kbiol L gSS�1 d�1), acid dissociation constant (Ka), distribution and sorption

(through the sludge-water distribution coefficient Kd, expressed in L gSS�1 or the

octanol-water partition coefficient Kow). The main focus has been to find any

correlations between these parameters and to determine PhC removal rates during

the different treatment steps. Thus, different properties have been quantified for

many compounds, and software, such as EPI Suite 4.00 [54], consenting their

estimation, is available.

One property, volatilization, does not seem to be a removal pathway of any signifi-

cance for these micro-pollutants. This is due to the fact that PhCs in general are
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characterized by extremely low H values, in the range 10�6–10�27 mg m�3 air/mg m�3

wastewater [55]; the amount of compound being stripped from the water into the gas

phase is consistent if its Henry constant H is > 0.1.

Biodegradability, on the other hand, has even been proposed as a means of

classifying PhCs by Ternes and Joss and Joss et al. [56, 57]. In this system,

compounds with kbiol > 10 L g SS�1 d�1 are classified as highly biodegraded,

those with kbiol ranging between 0.1 and 10 L g SS�1 d�1 are moderately

biodegraded, and finally, those with kbiol < 0.1 L gSS�1 d�1 are scarcely removed

by biological transformation. The parameter kbiol is influenced by several factors:

the reactor operating conditions, in particular temperature; the biochemical versa-

tility of the sludge and hence the sludge retention time (SRT) or sludge age; the

availability of a co-substrate; and the fraction of inert matter contained within the

sludge. Several studies have reported that the kbiol of membrane biological reactors

(MBRs) is quite often higher than that of CAS for many PhCs [56, 58]; this is

presumably primarily due to the higher SRT achievable in an MBR. In fact, longer

SRTs consent the development of slower growing bacteria (i.e. nitrifying bacteria),

which in turn provide a more diverse community of micro-organisms with broader

physiological capabilities, enhancing metabolic and co-metabolic processes and

thereby helping to degrade recalcitrant compounds and promote complete mineral-

ization [59, 60].

Sorption of pharmaceuticals onto the surface of particulate matter or their

distribution between two phases (water and either sludge, sediment or soil) depends

on many factors, the most important being liquid phase pH and redox potential, the

stereochemical structure and chemical nature of both the pharmaceutical compound

and the sorbent, the lipophilicity of the sorbed molecules (excellent sorption at log

Kow > 4, low sorption at log Kow < 2.4), the sludge-water distribution coefficient

Kd (Kd > 2 L g SS�1 good sorption, Kd � 0.3 L g SS�1 low sorption), the extent

of neutral and ionic species present in the wastewater and the characteristics of

the suspended particles. Moreover, the presence of humic and fulvic substances

may alter the surface properties of the sludge, as well as the number of sites

available for sorption and reactions, thereby enhancing or suppressing sorption of

PhCs [38, 55, 61].

The sorption behaviour of antibiotics, in particular, can be very complex and

therefore difficult to assess. As an example, ciprofloxacin has a log Kow equal to

0.28, conferring it with a small tendency to leave the aquatic phase; however, it

does sorb well onto active sludge or sediments [62, 63] in WWTP. Tetracyclines

(log Kow equal to 1.4), on the other hand, form complexes with double cations

(calcium and magnesium) present in the water [64] and also tend to adsorb onto the

surface of complexes between humic acids and hydrous Al oxide [65].

To enhance the removal of substances with high sorption properties, for example

diclofenac (log Kd ¼ 2.7 and log Kow ¼ 4.5–4.8), ferric and aluminium salts may

be added, increasing their removal rate to as much as 50–70% [66]. This strategy

can also improve the removal of acidic compounds, for example naproxen, by ionic

or chelating interactions [55].
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Parent compounds or modified forms of drugs in wastewaters tend to be either

hydrolysed or conjugated. Hydrolysis of derivatives may also result in the produc-

tion of the parent compounds at a later stage, during sewage treatment or once

discharged into a receiving body, thereby representing an additional indirect

(endogenous) source of environmental release of the drug [67]. Carbamazepine,

for example, is excreted as glucuronides, which may act as a reservoir from which a

later yield of the parent substance can occur [36, 68].

To further complicate matters, concentrations of certain PhCs have been found

between the limit of quantification and the limit of detection of the investigation

technique and unfailingly below the predicted environmental concentration. This

occurred, for instance, with the anti-neoplastic tamoxifen [45], and in this case

could be ascribed to one or more of several factors. One hypothesis is that tamoxi-

fen could be degraded prior to analysis; indeed, it is known to be sensitive to UV

light, with up to 90% being degraded in 5 days [69]. In this scenario, even if

analysis was performed as soon as possible and the samples were protected from

light in the interim, the effect of photodegradation could not entirely be eliminated.

Another possible culprit is tamoxifen’s high lipophilicity (estimated value of

log Kow ¼ 6.3); this makes it easy to adsorb onto particulate matter, which would

settle to the bottom in sewer systems and therefore escape analysis. Another reason

for the discrepancy between measured and predicted values of tamoxifen

concentrations could be overestimation of its PEC due to the adoption of an

erroneously exaggerated excretion rate for the unchanged compound.

Once treated effluent leaves the WWTP, further degradation of the residual PhC

APIs may still occur in surface water bodies. In fact, as mentioned above, if a

substance is light sensitive, photodecomposition may contribute to its further

removal once in the environment. Phototransformation easily takes place in clear

surface water, and the effectiveness of this process is strictly correlated to the

intensity and frequency of available light [53, 70]. Nonetheless, this process may

be affected by other parameters, specifically pH, water hardness, location, season

and latitude [71, 72].

Nevertheless, although antibiotics such as quinolones, tetracyclines and

sulphonamides are light sensitive, not all compounds are photodegradable

[71, 73, 74]; indeed, the significance and extent of direct and indirect photolysis

of antibiotics in the aquatic environment are unique for each compound. It is

therefore evident that data regarding indirect photolysis of PhCs and their interac-

tion with dissolved organic matter (humic and fulvic acids) would improve knowl-

edge regarding the fate of antibiotics and other emerging contaminants in surface

waters; however, thus far, very few studies have been devised to investigate this

process [75].

It is not only the properties of the compound in question that influence its

behaviour but also the environmental and operational conditions it is subjected to

(temperature, pressure, pH, redox conditions), as well as the particular

configurations of the (biological) reactors (in particular, their partitioning into

compartments featuring different conditions: mainly aerobic, anoxic and anaero-

bic), SRT and, to variable extents, HRT. Moreover, in chemical processes, reagent

Micro-pollutants in Hospital Effluent: Their Fate, Risk and Treatment Options 151



dosage and contact time are fundamental parameters in determining PhC behaviour

[24, 56, 60], as will be discussed in the following paragraphs.

4 Hospital Effluent Management Strategies and PhC Removal

Efficiencies of Various Treatments

According to [12], four possible scenarios for the management and treatment of

HWWs can be envisaged, namely: (a) direct discharge into a surface water body,

(b) co-treatment in a municipal WWTP, (c) on-site treatment and subsequent

discharge into a surface water body and, finally, (d) on-site treatment prior to co-

treatment at a municipal WWTP. The choice of the strategy to adopt should be

based not only on economic constraints but also on technical data, including

assessment of the ecotoxicological risk posed by particular hospital wastewaters.

Furthermore, different operational set-ups should be tested, in order to provide

meaningful information about the financial aspects and overall risks associated with

proposed future HWW treatment strategies.

At the present time, most developing countries deal with hospital effluents by

direct discharge into the environment without any treatment (Option a from the list

above); this unsurprisingly results in widespread contamination of the water cycle

by both micro- and macropollutants [76]. In contrast, in most European countries,

hospital effluents are discharged into the public sewage system and conveyed to

municipal WWTPs (Option b); these were originally built and have more recently

been upgraded, with the aim of removing nutrients (carbon, nitrogen and phospho-

rus compounds) and micro-organisms and pollutants, which commonly arrive at the

plant in concentrations of the order of several milligram per litre, or at least

105 CFU/100 mL, and are therefore not sensitive enough to remove micro-

pollutants, typically present in quantities of mg L�1, effectively [9].

In contrast, Option d promises the highest risk reductions but implies the highest

costs; furthermore, in the case of a co-treatment at a municipal WWTP, HWW flow

rates quite often amount to only a small percentage of the total influent flow rate.

Consequently, although dilution of HWWs with UWWs usually results in a

decrease in the PhC content in the final effluent (from mg L�1 to ng L�1), the

total load, that is to say the quantity released daily into the receiving water body, is

not affected. It is evident, therefore, that scenario c could be the best option, as an

expensive, highly effective small-scale technology could eventually prove to be

more eco- and cost-effective than a relatively cheap large-scale solution with less

effects on the diluted hospital effluent.

All that being said, cost is not the only issue, and decision-makers also need to

bear in mind several scientific considerations. Unfortunately, few studies have thus

far looked into treatment and treatability of hospital effluents, and therefore the

majority of PhC removal rate data reported below are based on studies of UWWs

passing through conventional and (biological and chemical) advanced treatment
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plants. Attention has recently been focussed on the risks posed by residual PhCs in

the treated effluents, but ecotoxicological data are not always available for the

single compounds under study, and even less is known about their behaviour as part

of a mixture, as will be discussed in detail later on. Nonetheless, lessons have been

learned from several in-depth reviews, among them [9, 55] and experimental

investigations (cited case by case), and are reported below, with reference to the

different treatment steps.

4.1 Coagulation/Flocculation and Flotation

• Coagulation/flocculation/precipitation of HWWs by means of FeCl3 or Al2(SO4)3
seems to be a suitable option for removing lipophilic compounds, such as

diclofenac, although it is unable to eliminate many other common hydrophilic

PhCs, including carbamazepine, iopromide, diazepam and antibiotics (i.e. roxy-

thromycin, erythromycin, trimethoprim), from the liquid phase [66].

• Suspended solids, which were found in up to three times higher concentrations in

hospital effluent than municipal sewage, can be very efficiently removed by

coagulation/flocculation [8, 16], thereby averting their accumulation on primary

and secondary sludge.

• Persistent compounds such as carbamazepine seem to be eliminated to a moder-

ate extent (about 20%) by flotation [66].

4.2 Biological Treatments

• Secondary biological treatments are considered to be an effective barrier to most

PhCs due to the metabolic and co-metabolic processes at work in these systems

[58, 77, 78].

• Removal efficiencies are enhanced at longer SRTs (>25–30 d), although some

compounds feature thresholds beyond which removal rates do not improve [77].

• With respect to CAS, MBRs exhibit similar removal rates for simple PhC

molecules, such as ibuprofen [79].

• MBR outperforms CAS for many compounds, furnishing in some cases a

30–50% higher removal rate. Moreover, MBR has consistently shown 40–65%

improvement in the elimination of some compounds recalcitrant to CAS treat-

ment (mefenamic acid, indomethacin, diclofenac, gemfibrozil) [58, 80].

• No relationship has been found between PhC chemical structure and removal

rate. However, the range of variation in removal rate seen in MBR is small for

most compounds, while in CAS greater fluctuations are observed [58, 80].

• The superiority of MBR processes has also been suggested in terms of the

removal of pathogenic micro-organisms, including several viruses [81, 82].
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• Separation of a biological reactor into reactor cascades can improve perfor-

mance [5, 6, 56].

• Nitrifying bacteria play a key role in the biodegradation of pharmaceuticals in

WWTPs operating at higher SRTs [60].

• Biological systems featuring nitrogen treatment seem to achieve higher removal

rates for PhCs with respect to other treatments, such as submerged biofilters or

fixed biomass reactors [60, 68, 83].

4.3 Ozonation and Advanced Oxidation Processes

• These techniques are promising candidates for efficient degradation of PhCs in

wastewaters. They commonly produce an increase in the BOD5/COD ratio and

improve the biodegradability of persistent substances such as antibiotics, cyto-

static agents, hormones, X-ray contrast media, carbamazepine and some acidic

drugs like clofibric acid. Ozone-based advanced oxidation processes (AOPs)

(O3/H2O2, O3/UV), Fenton-type processes and photochemical AOPs are gener-

ally more effective than ozonation alone, due to enhanced generation of

hydroxyl radicals and photon-initiated cleavage of carbon-halogen bonds, and

are therefore recommended for the treatment of these recalcitrant substances

[84]. The dose of ozone commonly applied ranges between 5 and 15 mg L�1,

depending on the COD in the wastewater in question, at a contact time of about

15–30 min [56].

• The extent of PPCP removal is, in general, >90%. The presence of particulate

matter at concentrations regularly measured in the secondary effluent does not

influence the removal efficiency of soluble compounds showing high reaction

rates with ozone.

4.4 Adsorption onto Activated Carbon

• Adsorption onto both powdered and granular forms of activated carbon, PAC and

GAC, respectively, shows great potential for the removal of trace emerging

contaminants, in particular, non-polar compounds with a log Kow >2. PAC

dose or GAC regeneration and replacement are critical for excellent removal

rates [85].

• According to [86], only 9 of the 66 PPCPs examined had a removal efficiency of

less than 50% at a dose of 5 mg/L PAC at 5-h contact time.

• Nevertheless, the carbon regeneration/disposal issue cannot be ignored; PAC

must be disposed of in landfills or other solid handling methods, while spent

GAC may be regenerated. However, as thermal regeneration of GAC requires a

significant quantity of energy, which may lead indirectly to greater environmen-

tal risks than the presence of trace micro-pollutants, a cost/benefits assessment

should be performed to take these factors into account.
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4.5 Reverse Osmosis and Nanofiltration

• Reverse osmosis (RO) removes greater than 90% of many compounds, and in

numerous cases, RO is able to reduce their concentration below their detection

limit. Nonetheless, lower removal rates have been noted in the case of diclofenac

(55.2–60%) and ketoprofen (64.3%) [79].

• Nanofiltration (NF) also seems to be a promising alternative for eliminating

pharmaceuticals, as it is able to achieve removal rates greater than 90% [87].

• The removal of PhCs by NF membranes occurs via a combination of three

mechanisms: adsorption, sieving and electrostatic repulsion. Removal efficiency

can vary widely from compound to compound, as it is strictly correlated to (a)

the physicochemical properties of the micro-pollutant in question, (b) the

properties of the membrane itself (permeability, pore size, hydrophobicity and

surface charge) and (c) the operating conditions, such as flux, transmembrane

pressure, rejections/recovery and water feed quality.

• However, once again, the issue of RO/NF brine disposal needs to be taken on

board; in general, brine is far more toxic than the influent water, so it cannot be

disposed of in natural water bodies.

4.6 Disinfection

• Ozone amounts required for PhC oxidation lead to partial disinfection. However,

it is expected that, as for sorbed compounds, micro-organisms incorporated into

particulate matter would be significantly shielded from ozone or OH radicals.

Nonetheless, concentrations of 5–10 mg O3 L
�1 and contact times of 15–20 min

are sufficient to obtain a reduction of 2–3 log units (99–99.9%). Good rates of

bacteria and virus removal in the effluent from an infectious disease ward were

achieved by the addition of 10 mg L�1 of ClO2 at a contact time of 30 min [88].

That study also investigated the toxicological effects of disinfection using a

chlorine derivative, NaClO, revealing that doses of 1–8 mg L�1 can greatly

reduce bacterial pollution but tend to contribute to the formation of AOX in

HWWs, thereby giving rise to toxic effects on aquatic organisms.

4.7 Natural Polishing by Constructed Wetlands

• Constructed wetlands (CWs) can promote removal of PhCs through a number of

different mechanisms, including photolysis, plant uptake, microbial degradation

and sorption to the soil. The main benefits of horizontal and vertical subsurface

flow systems are the existence of aerobic, anaerobic and anoxic redox conditions

in proximity to plant rhizomes; this provides an ideal environment for reducing
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concentrations of a variety of drug compounds, as some PhCs are best reduced

under aerobic conditions (ibuprofen), whereas removal of others is favoured by

anaerobic conditions (clofibric acid, diclofenac), and halogenated pollutants are

eliminated at a higher rate in anoxic conditions [89].

• Experimental studies conducted by Galletti et al. and Matamoros et al. [89, 90]

have shown that aerobic conditions are generally more efficient than anaerobic

pathways in removal of the majority of emerging contaminants.

• In addition, certain PhCs (like ketoprofen and diclofenac) can also be eliminated

from aquatic environments by the photodegradation processes that take place in

surface flow systems [70, 91]. The photo-and biodegradation reactions involved

in contaminant removal are promoted by high hydraulic retention times.

In order to complete this snapshot of the processes currently available for treating

HWW, several case studies from the literature are reported below; they all detail

recent dedicated WWTPs constructed specifically for HWWs in different countries.

4.8 Waldbrol Hospital (350 Beds) (Cologne, Germany)

The hospital is of medium size, with 342 beds. It is situated near Cologne,

Germany, in a catchment area of roughly 10,000 inhabitants and therefore features

a bed density of 33.5 beds per 1,000 inhabitants, quite high with respect to the

German national average of 6.2 beds per 1,000 inhabitants. Effluent from the

hospital (130 m3 d�1) is treated in a dedicated plant, which consists of a screening

(mesh of 1 mm); a primary sedimentation stage (V ¼ 21 m3 and a minimum

retention time of 1 h); an MBR, in stable operation since 2007; and an anoxic-

aerobic tank (V ¼ 56 m3, SRT ¼ 100 d and mixed liquor concentration

10–12 g L�1) [92]. It is equipped with 5 Kubota EK 400 flat sheet micro-filtration
membrane modules.

Its performance was monitored via nine target compounds, chosen according to

their prevalence, persistence in the environment, frequency of administration and

medical relevance of their active ingredients. The removal rates achievable using

the MBR was then monitored for these nine compounds, revealing poor perfor-

mance (<20%) for diclofenac, good for ciprofloxacin, moxifloxacin and tramadol

(50–80%) and very good (>80%) for bisoprolol, clarithromycin, ibuprofen and

metronidazole. Carbamazepine was detected at a higher concentration in the per-

meate, presumably due to its re-formation in the wastewater from its metabolites.

The permeate concentrations of the different monitored compounds exceeded quite

often the value of 100 ng L�1. This value is the target one set by the International

Association of Waterworks in the Rhine catchment area and also the recommenda-

tion of the German Federal Ministry for the Environment. It should be considered

that this value applies to water systems that are part of drinking water supply

networks, and for this reason, Beier et al. [93] recommended the addition of an

advanced technology such as activated carbon adsorption, ozone treatment or a

156 P. Verlicchi et al.



further membrane step (nanofiltration or reverse osmosis) to remove residual PhCs.

In this regard, experimental investigations on RO and NF pilot plants have shown

that RO is sufficient to remove all traces of PhCs present in the MBR permeate. The

recommended yield of a two-stage RO is 70%, which results in a retentate side-

stream of 9%.

4.9 Cona Hospital (900 Beds) (Near Ferrara, Italy)

Another example of dedicated HWW treatment was reported by Verlicchi et al. [13]

and describes a new 900-bed hospital situated in a small catchment area (about

2,000 p.e.) in the town outskirts, with a bed density of 450 beds per 1,000

inhabitants. The treatment employed consists of a full-scale MBR (SRT 30 d and

biomass concentration 8–10 kg m�3) equipped with ultrafiltration membranes

(pore size 0.01 mm and surface flux 15–25 L m�2 h�1), followed by an advanced

oxidation step using O3 (7.5–10 mg O3 L
�1 and 16 min contact time, with reference

to the average flow rate) and UV (100 mJ cm�2 and exposure time 6 s, with

reference to the average flow rate). This last phase was designed to guarantee

good removal of various kinds of PhCs, and a multi-barrier treatment was chosen

because the treated effluent is discharged into an effluent-dominant river used for

irrigation in the summer season. To address this issue, the following technologies

able to greatly reduce sludge production and disposal frequency were adopted:

aerobic digestion; ozonation (50 g O3/kg TSS treated) of the digested sludge to

reduce the excess sludge and favour oxidation of the PhCs adsorbed onto the solid

phase, increasing the content of readily biodegradable COD; and mechanical

thickening.

4.10 Other Cases

Direct chlorination, or primary treatment followed by chlorination, is still the most

widely used basic method of treating HWWs in some developing countries. This

has the aim of preventing the spread of pathogenic micro-organisms, the causal

agents of nosocomial infections [13, 94]. The widespread medical use of chlorine as

a disinfectant is due to its (potential) capacity to remove bacteria, virus and fungi

and to its ease of application. However, high quantities of this type of disinfectant

are required to treat sewage, and only a modest elimination rate can be achieved due

to the organic load of the wastewater being treated. Moreover, due to the formation

of chloramines and other undesirable disinfection by-products (DBPs), residual

toxicity in the treated effluent is unavoidable, as reported by Emmanuel et al. [88].

Bearing this in mind, in the last decade, China, due to its application of wastewater

re-use strategies and accordingly stringent regulations, has seen the introduction of
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MBR plants with capacities ranging from 20 to 2,000 m3 d�1, mostly exploiting

submerged technology, for the treatment of HWWs [94].

5 Environmental Risk Assessment of Hospital Effluents

The wide variety in PhC chemical structure combined with the specific biological

activities they are generally designed to trigger, their surface-active nature and their

persistence, as well as the persistence of some of their known metabolites, make

this a group of environmental pollutants whose behaviour and environmental risk

need to be promptly addressed [95, 96], not only with respect to the impact on the

WWTP charged with treating the effluent but also as regards the receiving water

body. To this end, the environmental fate and effects of the most administered and

most persistent pharmaceuticals compounds need to be assessed. In fact, this

necessity was clearly stated in European Council Directive 93/39/EEC [97]: if
applicable, reasons for any precautionary and safety measures (have) to be taken
for the storage of the medicinal product, its administration to patients and for
disposal of waste products, together with an indication of any potential risks
presented by medicinal product for the environment.

Further to this directive, the European Medicines Agency (EMEA) began, in

2001 [98], to outline a feasible risk assessment scheme, which was later published

in a draft form in 2003 [50]; in 2006 [51], the following five-step procedure was

adopted, with a view to guaranteeing that possible long-term and low-level effects

of the new substances are not overlooked; this procedure is also used in the

licensing of new compounds (including pharmaceuticals).

1. Hazard identification, consisting of the assessment of the potential environmen-

tal risk of a substance based on its physicochemical properties and expected

environmental pathways.

2. Exposure assessment, quantification or prediction of environmental con-

centrations of the substance based on on-site measurements (MEC) or its

projected fate and behaviour (PEC), respectively.

3. Effects assessment, by, as in the case of risk assessment for chemicals and

pesticides, determining a set of marker organisms (including algae, zebrafish,
insect larvae, benthic worm, water flea, etc.) that represent ecosystem components

and food networks and are used to indicate acute and chronic effects. This step is

also used to define the predicted no-effect concentrations (PNECs).

4. Risk characterization based on comparing either predicted or measured environ-

mental concentrations with effects data for the most sensitive organisms (PEC/

PNEC or MEC/PNEC, respectively). An environmental risk is considered unac-

ceptable if the ratio equals or exceeds 1. In general, this phase considers the

worst-case scenario.

5. Risk management, i.e. the identification of the most appropriate actions neces-

sary to reduce or mitigate the identified risks.
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Despite this clearly outlined procedure, scientific progress in the field has been

slow, as very few authors have as yet attempted environmental risk assessment of

PhCs in water, focussing their attention, furthermore, mainly on parent compounds
rather than their metabolites, on the effects of individual substances rather than

mixtures on target organisms and on acute rather than chronic toxicity. In particu-

lar, metabolite analysis tended to be disregarded as their exposure is very difficult to

assess due to a lack of consensus in the literature regarding excreted metabolite

fractions; moreover, analysis has shown that their relative contribution to the

overall risk is typically low [99].

Target organisms are in general simultaneously exposed to great numbers of

different substances, which may exert additional antagonist or synergic effects.

Hence, the potential effects of themixtures of compounds on the organisms need in-

depth analysis [1], particularly as this aspect is still unresolved in currently

implemented risk assessment schemes. What is more, few attempts have even

been made to propose a strategy capable of evaluating this factor. However, if

one assumes that mixtures of components exerting the same mode of toxic action

act according to the concentration addition model, the combined effect of the

components is expected to be equal to the sum of the concentrations of each

substance, expressed as a fraction of its own individual toxicity [100]. If all

components act according to a strictly different mode of action, however, they

must be assumed to act accord to the model of independent action, rather than

concentration addition [101, 102].

As regards toxicity, once again, few studies dealing with this issue and very little

data are available at the present time. It should also come as no surprise that more

short- than long-term data have been reported, making chronic toxicity more

difficult to evaluate. Moreover, it is worth noting that it is generally the risk of

chemicals resulting from anthropogenic activities affecting organisms in the envi-

ronment that is assessed, rather than the danger to humans posed by chemicals in

the environment (e.g. via consumption of polluted drinking water).

The environmental risk assessment approach most commonly adopted consists

of estimation of the risk quotient (RQ) (as suggested by Hernando et al. [103]),

which is defined as the ratio between the environmental concentration (measured or

predicted, respectively MEC and PEC) and the predicted no-effect concentration

(PNEC), and can be used to collocate compounds in one of three risk bands:

RQ < 0.1, minimal risk to aquatic organisms; 0.1 � RQ < 1, median risk; and

RQ � 1, high risk [103–105]. In their risk assessment calculations, [106], further to

[107], estimated PNEC values at 1,000 times lower than the most sensitive species

assayed, so as to take into account the effect on other, potentially more sensitive,

aquatic species to those used in toxicity studies.

PNECs themselves are preferentially extrapolated from chronic toxicity data or,

if no long-term data are available, acute toxicity data [51]; they generally refer to

algae, daphnia or fish toxicity. Sanderson et al., Stuer-Lauridsen et al., Boillot and

Ferrari et al. [108–111] have reported PNECs for a large list of PhCs, and [49, 112]

recently proposed a model for the predicting PNEC of a substance, taking into

consideration its acidic or basic behaviour in the environment. This procedure
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provides relationships that rescale previous toxicity values through a correction

parameter (hydrophobicity descriptor), which corrects for speciation at pH 7 in

organic acids and bases.

Escher et al. [49] also proposed that PNEC calculations for mixtures could be

based on a common species, assuming concentration addition for risk assessment.

They suggested assessing the risk to algae, daphnia and fish individually for each of

the n monitored compounds present in the water and then selecting the species

with the highest resulting RQmix defined by (3). In this way, the risk quotients of the

individual pharmaceuticals can be added up to yield a sum risk quotient (RQmix).

RQmix ¼
Xn

i¼1

RQi ¼
Xn

i¼1

PECi

PNECi
(3)

Recent technical literature [109, 113, 114] has shown that the concentrations of

pharmaceutical and personal care products (PPCPs) in aquatic environments may

exceed their PNECs. The majority of these studies were performed on WWTP

effluent discharged into the surface water body, and very few studies have been

conducted on treated hospital effluent.

One study that has tackled this issue, however, was recently published by de

Souza et al. [104], who set up an environmental risk assessment of the 21 intrave-

nous antibiotics most used in an intensive care unit of a hospital in Curitiba (Brazil).

They evaluated the RQi based on PECi both in the raw effluent and after a dedicated

conventional biological treatment. They found that, in the raw effluent from the

ward, the environmental risk was high for 15 compounds, medium for 4 and low for 2;

similarly, the treated effluent was labelled as high risk in terms of 14 compounds,

medium for 5 and low for 2.

Likewise, Verlicchi et al. [24] monitored the effluent of a large Italian hospital

(900 beds) and the influent and effluent of the nearby municipal biological waste-

water treatment plant (average influent flow rate of 28,000 m3/day) where the

hospital effluent is treated (its flow rate contributes roughly 2% on the influent

hydraulic load) in terms of 73 pharmaceuticals belonging to 12 different therapeutic

classes. They performed an environmental risk analysis using an RQ value calcu-

lated using the maximum MEC and the PNEC as a risk marker. These analyses

revealed that, in the hospital effluent, 9 of the 73 substances tested (the four

analgesics/anti-inflammatories: acetaminophen, ibuprofen, naproxen and salicylic

acid; the four antibiotics: clarithromycin, erythromycin, ofloxacin and sulfameth-

oxazole; and the psychiatric drug fluoxetine) posed a potentially high ecotoxico-

logical risk, while five (codeine, indomethacin, clenbuterol, atenolol, metoprolol

and propranolol) posed a medium risk. Only five compounds were found to pose a

high level of risk in the WWTP influent and effluent (the same antibiotics and the

psychiatric drug), whereas RQ classification showed that a moderate risk was posed

by the concentrations of acetaminophen, ibuprofen, naproxen, salicylic acid,

clenbuterol, metoprolol, propranolol and gemfibrozil in the WWTP influent and,
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more importantly, salicylic acid, clenbuterol, propranolol, fenofibrate and gemfi-

brozil in its effluent.

In a study by Escher et al. [49], environmental risk assessment of 31 of the 100most

commonly administered pharmaceutical compounds was based on the ratio between

PEC and PNEC. PECs were estimated in the effluent of a medium-sized hospital (338

beds) in Switzerland and in the effluent discharged from a subsequent dedicated (ideal)

conventional biological treatment, whose quality was predicted based on removal rates

reported in the literature for the top 100 pharmaceuticals administered in the hospital;

PNECs were defined on the basis of the procedure set out in [49]. This study revealed

that in the untreated hospital effluent, risk was high for ten compounds (amiodarone,

clotrimazole, ritonavir, progesterone, meclozine, atorvastatin isoflurane, tribenoside,

ibuprofen and clopidogrel), medium for 8 (amoxicillin, diclofenac, 4-methylaminoan-

tipyrine, floxacillin, salicylic, paracetamol, azithromycin and thiopental) and low for 13

(oxazepam, valsartan, clarithromycin, rifampicin, tramadol, carbamazepine, tetra-

caine, sevelamer, metoclopramide, dipyridamole, pravastatin, prednisolone and eryth-

romycin). After the biological treatment, the risk remained high for 8 of the previous

10 substances, namely amiodarone, clotrimazole, ritonavir, meclozine, atorvastatin,

isoflurane, tribenoside and clopidogrel; the risk was medium for 2 out of the 8, i.e.

diclofenac and thiopental, and low for the remaining 21 substances under evaluation.

This simulation and the two case studies reveal that conventional biological

treatment is not able to consistently reduce PhC content in the treated effluent to

low risk levels. This is significant, as CAS is the most treatment step most common

adopted in municipal WWTPs, in which HWWs are often co-treated with UWWs.

Furthermore, it is not only PhCs that pose a significant ecotoxicological risk.

Indeed, Boillot et al. [23] investigated the presence of specific pollutants other than

drugs in hospital effluent, namely AOX, glutaraldehydes, free chlorine, detergents,

Freon 113, alcohols, acetone, formaldehyde, acetaldehyde, ammonium, phenols

and several metals (copper, zinc, lead and arsenic), finding that many of them

(in particular, free chlorine, 2-propanol, ammonium, ethanol, Cu, Pb and Zn) make

a considerable contribution to its ecotoxicity. The study also showed that ecotoxi-

cological characteristics of HWW presented hour-by-hour fluctuations and that the

highest values occurred during the day.

Emmanuel et al. [19] proposed a framework for ecotoxicological risk assessment

of raw hospital wastewater directly discharging into an urban sewer network, based

on the effects of the presence of conventional parameters (BOD5, COD, TSS, NH4,

faecal bacteria), chlorides, heavy metals and AOX on both the receiving WWTP

and the natural aquatic ecosystem. They then applied the proposal methodology to

the effluent of an infectious and tropical diseases department of a hospital of a large

city in France, finding that the most critical of these parameters are ammonia,

BOD5, COD and AOX.

Expanding the assessment parameters somewhat, however, the individual sub-

stance risk quotients reported in the literature show that the most critical compounds

in hospital effluents are certain antibiotics, anti-neoplastics and disinfectants. Among

these, antibiotics merit special attention due to their biological activity, which leads to

their potential to generate multi-resistant bacteria, even in the presence of weak
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antibiotic concentrations [21, 115, 116]. Furthermore, cytostatins and fluoroquinolone

antibiotics found in hospital effluents can possess mutagenic and bacteriotoxic

properties [117, 118], and, due to the wide spectrum of antibiotic classes in use,

they can adversely affect many species [119]. In addition, both antibiotics and

disinfectants can disturb and inhibit biological treatment processes [120].

In conclusion, the authors of the cited studies all agree that further research into

environmental risk assessment of hospital effluents, incorporating different types of

substances used in care and diagnostic activities, as well as cleaning operations

(pharmaceuticals, detergents, disinfectants, heavy metals, macropollutants), is

vital. Moreover, further studies need to be focussed on evaluating the risk posed

by pollutant mixtures, and work is needed to validate the predictive models

proposed thus far [19, 49], to evaluate chronic toxicity due to PhCs and their

mixtures and to provide experimental data pertaining to specific case studies.

6 Best Treatment Options for Hospital Effluents and

Conclusions

Some guidelines for decision-makers charged with finding optimal solutions for

dealing with HWW are suggested below; they are based on the expected/observed

fate, behaviour and environmental risk of PhCs, and the ability of proposed

treatments to guarantee the highest removal rates and to preserve aquatic environ-

ment from persistent compounds.

First and foremost, proper management of hospital effluent should take into

consideration the characteristics of both the hospital structure and its catchment

area. In case of a new healthcare structure, the main aspects to consider when

devising its wastewater management strategy are:

• Evaluation of the hospital in question, paying particular attention to:

1. Number of beds

2. Type of wards

3. Any diagnostic and research activities

4. Any services (kitchen, laundry, etc.)

5. Average and maximum flow rate

6. Type of sewage (combined or separate)

• Assessment of the catchment area, in particular:

1. Size

2. Number of residents and non-residents (p.e.)

3. Average and maximum urban flow rates

4. Type of sewage (combined or separate)
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5. Any industrial activities present in the area (type, WW flow rate, adopted pre-

treatments within the factory battery limits, final disposal of the effluent, co-

treatment with other kind of WWs, etc.)

6. Characteristics of existing WWTPs (nominal capacity, residual capacity, treat-

ment sequence, authorized limits for the final discharge)

7. Features of the receiving water body (hydraulic regime, auto-depurative capac-

ity, irrigation, recreational and industrial uses, etc.)

8. Legal and regulatory constraints for the discharge into public sewage network

and in the environment.

It would be erroneous to consider hospital effluents as having the same pollutant

nature as urbanwastewaters; as a rule of thumb, a hospital bed is equivalent to 100 p.e. in

terms of PhCs excreted annually (2.3 kg PhCs bed�1 year�1 against 23 g p.e.�1 year�1)

and 2–3 p.e. in terms macropollutant yield [9, 49]. Furthermore, Hartemann et al. [21]

postulated that if a hospital of 1,000 beds has an internal laundry, it is as polluting as a

town with a population of 10,000 people.

Local assessment of the mass balance of the most critical PhCs (the most

frequently administered antibiotics, analgesics/anti-inflammatories and the psychi-

atric drug carbamazepine, considered an anthropogenic marker in wastewaters

[121]) also provides useful information about the PhC contribution of the hospital

effluent with respect to that of the catchment area. The extent of this contribution

will differ between compound, but Beier et al. [92], in particular, reported that it can

reach as high as 94% for some antibiotics (ciprofloxacin), although Kummerer [53],

on the other hand, stated that only up to 25% of the antibiotics administered in

Germany are used in hospitals.

When considering the type of treatment strategy to adopt, it is generally advis-

able for a multi-barrier system to be installed; this will enable different kinds of

conventional and persistent compounds (PhCs) to be removed or eliminated by

different steps. In fact, different chemicals require different operational conditions

(aerobic, anoxic, anaerobic ones) to be efficiently removed from the water phase.

A biological step is always necessary to remove the carbonaceous fraction from

the influent wastewater; suspended biomass treatments are the most common.

These entail long SRTs (>25–30 d), and compartmentalization of the biological

reactor is necessary for the removal of recalcitrant compounds. Furthermore, as

many micro-pollutants tend to adsorb/absorb to the biomass flocks, efficient solid/

liquid separation can greatly improve their removal from wastewater and, at the

same time, guarantee consistently good effluent quality. MBRs have been

suggested for this purpose by many authors [9, 58, 80, 93], some of whom found

that ultrafiltration (UF) membranes are more efficient than MF membranes [9, 93].

Powerful oxidant treatments are also necessary to remove multi-drug-resistant

bacteria [122] and residues of medicaments with ecotoxicological effects fromhospital

effluent, in order to reduce their impact on the final receiving water bodies. Advanced

oxidation processes, including the Fenton reaction, are likely candidates [123].

A dedicated treatment for HWWs is always desirable, especially for large

hospitals in rural areas, where treated effluent may be indirectly re-used for
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irrigation after its discharge into a surface water body. In fact, although co-treat-

ment with UWWs at a municipal WWTP is a common practice, it has several

fundamental drawbacks. In particular, dilution of HWWs with UWWs tends to

defeat the object, as some substances in the hospital effluents may cause inhibition

of the treatment plant biomass and thereby reduce its removal efficiency.

However, should building a new treatment plant not be feasible, there are two

strategies available for removing micro-pollutants at conventional WWTPs: either

to optimize existing technologies or to upgrade the plant with new technologies

[49]. The most time-effective and, as a consequence, the most often adopted of

these approaches are end-of-pipe treatments, including ozonation of the secondary

effluent [124] or powdered activated carbon [86]. Indeed, although WWTPs must

be reliable and “robust”, their treatment sequences should be designed bearing in

mind the future necessity of upgrading it in response to regulatory changes and

scientific advice. Particular attention should also be paid to the treatment and

disposal of chemical and biological sludge produced by the treatment processes.

Source separation of urine and faeces is still under discussion. Pharmaceuticals are

excreted to a great extent in urine, but according to Escher et al. [49], high-risk

pharmaceuticals are excreted mainly in the faeces; source separation is therefore

not a viable option for reducing the potential risk of hospital effluent.

Based on our experience and the results of the most recently published studies

[76], we suggest that the following the measures are adopted in the following

scenarios:

1. Large hospital in a small catchment area: a dedicated treatment should be

adopted, featuring advanced biological and oxidation processes (AOPs), such

as ultrafiltration membrane biological reactors (MBRs), and then ozone/UV,

which also guarantees efficient disinfection.

2. Large hospital in a densely populated catchment area: verify the type of the

sewer system for both hospital and urban settlement and evaluate the treatment

capacity of the existing municipal WWTP to determine whether a dedicated line

could be added for the HWW. Alternatively, in the case of co-treatment, upgrade

the existing treatment sequence to guarantee removal of the most persistent

compounds: AOP is the best technology available to date.

3. Small hospital in a densely populated catchment area: evaluate the specific

contribution of HWWs to the total WWTP influent, in particular, the most

critical PhCs administrated in the health structure. Evaluate the technical and

economic feasibility of adopting dedicated specific treatments for HWWs.

Evaluate advantages and drawbacks of co-treatment.

4. Small hospital in a small urban catchment area: a local mass balance analysis of

micro- and macropollutant loads can provide useful information about the

contribution of the different users. Environmental risk assessment of the

expected final effluent and analysis of the characteristics of the local receiving

water body will guide selection of the advanced treatment sequence (MBR,

ozone, UV).
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5. Basic treatment: in developing countries where UWWs are also barely treated

and only few WWTPs are in function, HWWs should be dealt with on site

through a basic treatment sequence (pre-treatment, biological treatment and

disinfection) in order to safeguard the receiving water body from the spread of

micro-pollutants and micro-organisms. Municipal WWTPs should be conceived

and constructed, taking into consideration the necessity of controlling pollution

from hospital effluents. In this context, administrators and technicians will need

to evaluate the possibility of adopting dedicated lines for specific WWs (includ-

ing HWWs) in the same placement area as the municipal WWTP, especially in

the case of large hospitals.
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Antibiotic Resistance in Waste Water and

Surface Water and Human Health Implications

Célia M. Manaia, Ivone Vaz-Moreira, and Olga C. Nunes

Abstract The utilization of antibiotics to control infectious diseases is one of the

biggest advances in human and veterinary health care. However, the generalized

use of antibiotics has been accompanied by a worrisome increase in the prevalence

of antibiotic-resistant bacteria. This evidence motivated numerous studies on the

diversity and distribution of antibiotic-resistant bacteria and resistance genetic

determinants not only in clinic but also in different environmental compartments.

Given the particular importance that the anthropic water cycle (waste water/surface

water/drinking water) may have in the development and dissemination of antibiotic-

resistant organisms, this chapter aims at summarizing the recent advances in this

area. Sections 1 and 2 are an Introduction to antibiotic resistance, summarizing some

mechanisms and modes of resistance acquisition. In Sect. 3, the contribution of the

environmental pollution and other anthropic pressures for antibiotic resistance

evolution is discussed. The use of different methodologies and the limitations to

achieve general conclusions on the characterization and quantification of antibiotic

resistance in aquatic environments are examined in Sects. 4 and 7. Sections 5–7

summarize recent evidences on the widespread distribution of antibiotic resistance

in different compartments of the anthropic water cycle. The scarcity of studies

giving evidences on the direct effect of anthropic pressures on antibiotic resistance

acquisition and maintenance in treated waste/drinking waters is highlighted. The

contribution of bacterial community rearrangement, imposed by water treatment

processes, on the increase of antibiotic resistance is discussed.
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16S rRNA 16S small subunit ribosomal RNA

30S Small subunit of the 70S ribosome of

prokaryotes

50S Large subunit of the 70S ribosome of

prokaryotes

A Aminoglycosides

aac(3)-I Genes encoding 3-N-aminoglycoside

acetyltransferases; confer resistance to

aminoglycosides

aac(60)-Ib-cr Gene encoding an aminoglycoside

acetyltransferase; confers reduced

susceptibility to ciprofloxacin and
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aadA Genes encoding aminoglycoside-

300-adenylyltransferases (AAD); confer
resistance to streptomycin and

spectinomycin

AIA Antibiotic impregnated agar
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b-lactamase; confers resistance to

b-lactams

Ap Amphenicol

AP Ampicillin

aphA Gene encoding acid phosphatase/

phosphotransferase; confers resistance

to aminoglycosides
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APUA Alliance for the Prudent Use of

Antibiotics

AVn Average values of n plants

AX Amoxicillin

bla(TEM,CTX-M/GES/OXA/PER/SHV/TLA/VEB) Genes encoding extended spectrum

b-lactamases; confer resistance to

b-lactams

blaNDM-1 Gene encoding for the New Delhi

metallo-b-lactamase-1; confers resis-

tance to almost all b-lactams

BSAC British Society for Antimicrobial

Chemotherapy

C Ciprofloxacin

CA-SFM Antibiogram Committee of the French

Society for Microbiology

cat Genes encoding chloramphenicol

acetyltransferases; confer resistance to

chloramphenicol

CDC Centres for Disease Control and

Prevention

CFU Colony forming units

CLSI Clinical and Laboratory Standards

Institute

cmr Gene encoding a putative efflux pump;

confers resistance to chloramphenicol

COST European Cooperation in Science and

Technology

DANMAP The Danish Integrated Antimicrobial

Resistance Monitoring and Research

programme

DARE Detecting evolutionary hot spots of

antibiotic resistance in Europe

DDM Disc diffusion method

dfr Genes encoding dihydrofolate

reductases; confers resistance to

trimethoprim

DGGE Denaturating gradient gel electrophoresis

DNA Deoxyribonucleic acid

EARS-Net European Antimicrobial Resistance

Surveillance Network

ECDC European Centre for Disease Prevention

and Control

ECOFF Epidemiological cut-off values
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erm(A/E) Genes encoding rRNA methylase;

confers resistance to erythromycin

erm(B/C/F) Genes encoding rRNA methylases;

confer cross-resistance to macrolides,

lincosamides and streptogramin B

ESAC European Surveillance of Antimicrobial

Consumption

EUCAST European Committee on Antimicrobial

Susceptibility Testing

FE Final effluent

floR Gene encoding an exporter protein that

specifically exports amphenicol

antibiotics

G Glycopeptides

gyrA Gene encoding DNA gyrase subunit A;

gene mutation confers resistance to

ciprofloxacin

L b-lactam
M Macrolide

MD Microdilution method

mecA Gene encoding penicillin binding pro-

tein 2; confers resistance to penicillins

MMPN Modified most probable number

msrA Gene encoding methionine sulfoxide

reductase A; confers resistance to

erythromycin

n.a. Not available

NA Nalidixic acid

NARMS/USA National Antimicrobial Resistance

Monitoring System (United States of

America)

parC Gene encoding DNA topoisomerase IV

subunit A; gene mutation confers resis-

tance to quinolone

PCR Polymerase chain reaction

Q Quinolone

qac Gene encoding multidrug transporters

qepA Gene encoding an efflux pump; confers

resistance to fluoroquinolone

qnr Genes encoding Qnr proteins, capable

of protecting DNA gyrase; confer

resistance to quinolone

qPCR Quantitative real time polymerase chain

reaction
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RNA Ribonucleic acid

RVn Range values for n plants

S Sulfonamide

sat(1–2) Genes encoding a nourseothricin

N-acetyltransferase; confer resistance to
aminoglycosides

str Genes encoding phosphotransferases;

confer resistance to streptomycin

sul(I–II) Genes encoding a drug-resistant

dihydropteroate synthase enzyme

required for folate biosynthesis; confer

resistance to sulfonamide

T Tetracycline

tet(A–D/K/L/Y) Genes encoding efflux pumps; confer

resistance to tetracyclines

tet(M/O/Q/W) Genes encoding proteins protecting the

ribosome from the inhibiting effects of

tetracycline

tetR Gene encoding a repressor protein,

which regulates the tetracycline efflux

system genes

Ts Trimethoprim

TT Tertiary treatment implemented

van Genes encoding D-alanine:D-alanine

ligases with a broad substrate specificity;

confer inducible resistance to the

glycopeptides antibiotics, as vancomycin

WHO World Health Organization

WT Wild-type

1 Antibiotic Resistance Is a Natural Property of Bacteria

Most of the antibiotics commercially available nowadays are derivatives of natural

compounds produced by bacteria or fungi. It is widely accepted that in nature these

secondary metabolites can act as weapons for microbial cell defence, inhibiting

the growth of competitors. However, it seems that antibiotics have, in nature, more

sophisticated and complex functions [1–3]. Many environmental bacteria can

not only cope with natural antimicrobial substances but also benefit from their

presence. For instance, the use of antibiotics by bacteria as biochemical signals,

modulators of metabolic activity or even carbon sources has been demonstrated

[1, 2, 4]. In other cases, antibiotics can be tolerated because they have structures

similar to the natural substrates of bacterial housekeeping enzymes and thus are

inactivated, leading to a natural form of resistance [2]. These are just some
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examples that illustrate that antibiotic resistance is a natural property of bacteria,

eventually as old as bacteria themselves [5–7]. Indeed, the genetic potential

of bacteria to live in the presence of antibiotics has been consistently demonstrated

[3, 8]. Before the massive introduction of antibiotics in human activities, the

concentrations of these compounds were low and confined to the site of their

production. However, this scenario of natural equilibrium changed dramatically

in the middle of the twentieth century, when the chemotherapy of many bacterial

infections became possible. Over the last 70 years, the widespread use of antibiotics

and other substances with antimicrobial activity had inverted the natural equilib-

rium between fully susceptible and resistant bacteria [9, 10]. Gradually, antibiotic-

resistant bacteria and their specific genetic determinants have reached new habitats,

with evident increases on the prevalence of resistance and the extension of the

spectrum of antimicrobial substances tolerated [10]. Dramatic situations of both

high prevalence and multidrug resistance are reported, mainly in the clinical

environment. But, unfortunately, these resistant bacteria are not confined to

hospitals and health care facilities. Antibiotic resistance levels above the expectable

are reported in wild animals, surface waters or agriculture soils, allegedly due to

antibiotics use and anthropic pressure [11–14]. Nowadays, antibiotic resistance is

considered a serious global public health problem, which control demands the

efforts of clinicians, scientists and policy makers. Such a concern is shared by

several international health agencies, which provide substantial attention to the

topic antibiotic resistance, for instance theWorld Health Organization (WHO) [15],

the European Centre for Disease Prevention and Control (ECDC) [16], the Centres

for Disease Control and Prevention (CDC) [17] or the Alliance for the Prudent Use

of Antibiotics (APUA) [18]. With an intervention more focussed on the interface

environment-clinical settings, the action COST Detecting evolutionary hot

spots of Antibiotic Resistance in Europe (DARE) [19] launched in 2009 counts

with the participation of scientists of about 20 countries, committed to identify and

characterize environmental hot spots for antimicrobial resistance emergence and

spreading, aiming the development of control measures.

2 Action, Resistance and Dissemination

The success of antibiotics as therapeutic agents is due to the capacity of these

molecules to interfere with structures and/or functions of the bacterial cell (pro-

karyotic), which are absent in the host cells (eukaryotic). In turn, resistance

mechanisms are related with the ability that bacteria have or may develop to

avoid such interference (Table 1). Not surprisingly, given the plasticity that char-

acterize bacteria, antibiotic resistance mechanisms are much more diverse than the

modes by which a drug can interfere with a cell. Some bacteria, owning given genes

and physiological functions, are intrinsically resistant to one or more classes of

antibiotics. This is an ancestral property within a group and thus is common to most

or all representatives of a genus or species [10, 20]. In contrast, acquired resistance
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is observed only in some representatives of a species, in which most of the

representatives are susceptible to that antimicrobial agent.

Acquired antibiotic resistance may result from gene mutation or genetic recom-

bination (Fig. 1a). Gene mutations occur randomly in the genome, often potentiated

by mutagens. Examples of resistance phenotypes emerging by mutation

include altered targets for an antimicrobial agent (e.g. quinolones, rifampin,

linezolid, clarithromycin, amoxicillin, and streptomycin) [21], limited access of

the antimicrobial agent to the intracellular target (e.g. penicillin, cephalosporins,

glycopeptides, and tetracyclines) or transformation and further broadening of

the range of antimicrobial agents that can be inactivated (e.g. extended spectrum

b-lactamases). Under favourable conditions, the clones harbouring the gene muta-

tion may have advantage, achieving higher rates of cell division than the

Table 1 Examples of action and resistance mechanisms found in bacteria for different classes of

antibacterial agents

Action

mechanism

Classes of

antibacterial

agents

Example Resistance

mechanisms

Interference with cell

wall synthesis

Lactams • Penicillins

• Cephalosporins

• Carbapenems

• Monobactams

• Hydrolysis

• Efflux

• Altered target

Glycopeptides • Vancomycin

• Teicoplanin

• Reprogramming

peptidoglycan

biosynthesis

Protein synthesis

inhibition –

bind to

ribosomal

subunit

50S Macrolides • Chloramphenicol

• Quinupristin–dalfopristin

• Linezolid

• Erythromycin

• Azithromicin

• Hydrolysis

• Glycosylation

• Phosphorylation

• Efflux

• Altered target

30S Tetracyclines • Minocycline

• Tigecycline

• Monooxygenation

• Efflux

• Altered target

Aminoglycosides • Gentamicin

• Streptomycin

• Spectinomycin

• Phosphorylation

• Acetylation

• Nucleotidylation

• Efflux

• Altered target

Nucleic acid

synthesis

inhibition

DNA Quinolones • Nalidixic acid

• Ciprofloxacin

• Enrofloxacin

• Acetylation

• Efflux

• Altered target

RNA Rifamycins • Rifampin • ADP-ribosylation

• Efflux

• Altered target

Inhibition of metabolic

pathway

Sulfonamides • Sulfamethoxazole • Efflux

• Altered target

Disruption of bacterial

membrane structure

Polymyxins • Colistin • Altered target

• Efflux

Adapted from [10, 146, 169]
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Fig. 1 Mechanisms of antibiotic resistance acquisition (a) and spreading in a community over

time (b). Arrows indicate horizontal gene transfer processes and R acquired antibiotic resistance

gene

180 C.M. Manaia et al.



non-mutated cells (higher fitness, i.e., the capacity of an individual to survive and

reproduce) and, thus, become dominant. In such a situation the resistance genetic

determinant is disseminated by vertical transmission.

In bacteria, genetic recombination is frequently referred to as horizontal gene

transfer (Fig. 1b). This process, also named “bacterial sex”, is very common among

bacteria and represents a major driving force for bacterial evolution [22]. This form

of genetic recombination involves the transfer of genetic material from a donor to a

recipient and requires that both share the same space, but not necessarily the same

species. Horizontal gene transfer can occur by (1) transformation, consisting on the

uptake of naked DNA (on plasmids or as linear DNA), released by dead cells;

(2) transduction, mediated by bacteriophages; (3) conjugation, involving cell-

to-cell contact through a pilus. In general, horizontal gene transfer processes are

potentiated by genetic elements which facilitate the mobilization and integration of

exogenous DNA either between cells or between chromosomal DNA and extra-

chromosomal genetic elements and vice versa. Examples of these genetic elements

are plasmids, transposons and integrons, in which many of the known antibiotic

resistance genes are inserted. In other words, some studies suggest that a consider-

able part of the genetic antibiotic resistome is associated to these genetic elements

and thus has a high mobility potential [23–25]. Indeed, Fondi and Fani [26]

concluded that apparent geographical or taxonomic barriers are not a limitation

for the occurrence of horizontal gene transfer, as they observed that bacteria

phylogenetically unrelated and/or inhabiting distinct environments had similar

antibiotic resistance determinants.

3 A Big Environmental Bioreactor for Antibiotic

Resistance Evolution

Essentially, three major lines of evidence contribute to demonstrate the gradual

increase of antibiotic resistance – (1) annual reports on antibiotic resistance preva-

lence values of clinically relevant antibiotics for human pathogens [27, 28]; (2)

the comparison of antibiotic resistance prevalence values in samples or bacterial

cultures of our days with others archived from the pre-antibiotic era (e.g. [29, 30]);

and (3) the establishment of significant correlations between antibiotics consump-

tion and resistance increase [28, 31].

The generalized evidences on the increase of antibiotic resistance, allied with the

development of analytical methods and genome exploring tools, motivated numer-

ous studies on the environmental pollution produced by antimicrobials and other

anthropogenic substances or on the diversity and distribution of antibiotic resis-

tance genes (e.g. [3, 10, 26, 32]). Overall, these studies showed the complexity of

antibiotic resistance dissemination in the environment. For instance, it was revealed

that (1) not only bacterial pathogens but, very often environmental bacteria are

important reservoirs of antibiotic resistance; (2) antibiotic resistance may have a
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reduced cost for its host and thus become stable once acquired; (3) the so-called

“selective pressures”, which supposedly contribute to enrich the antibiotic

resistome, are diverse and act by different mechanisms, most of them still unclear.

Although it is still difficult to establish clear cause effect relationships, it is

widely accepted that chemical pollution contributes for antibiotic resistance dis-

semination [10, 33, 34]. There are evidences that antibiotic resistance increase is

related with environmental pollution and anthropic pressures. In this respect,

antibiotics seem to be a major, although not the unique, form of pollution, mainly

because it is estimated that about 75% of the antibiotics consumed by humans

and animals are eliminated as active substances [35, 36]. In the environment,

antibiotics can suffer adsorption, photolysis or biodegradation, reaching very low

concentrations [37]. Nevertheless, at sub-inhibitory levels, as they are found in the

environment, antibiotics can promote several alterations on housekeeping functions

of the cells. Apparently, some of these alterations are not associated with antibiotic

resistance. Even though, they contribute for the perturbation of the microbial

community, leading, eventually, to an overall resistance increase [1, 34, 38].

Other substances, such as heavy metals, disinfectants and some pharmaceutical

products, are also important pollutants on the promotion of resistance dissemina-

tion. Sometimes this effect can be mediated by co-selection due to genetic linkage

between antibiotics and metals/biocides [39–42]. In other cases, it is associated

with cellular transcriptomic alterations, sometimes induced by pharmaceutical

products other than antibiotics [34, 38, 43]. Mutagenic agents (environmental

pollutants and stress conditions) represent another class of presumable resistance

promoters. Although bacteria have DNA repair systems (to minimize mutations), it

has been argued that hypermutators (bacteria in which DNA repair systems are not

fully operational) may increase under stress conditions [2]. In nature, bacteria face

continuously several types of stress conditions – starvation (nutrients deprivation),

DNA damage, temperature shift, oxidative stress or exposure to toxic compounds

such as heavy metals, disinfectants or antibiotics (e.g. quinolones or b-lactams)

[44]. Recently, Miyahara et al. [41] demonstrated the influence of environmental

mutagens on antibiotic resistance increase. In this study, they showed that

ethylmethanesulfonate and N-nitroso-N-methylurea induced resistance to cipro-

floxacin and rifampicin in Pseudomonas aeruginosa.
Some potential environmental reservoirs of the observed generalized distribu-

tion of antibiotic-resistant bacteria and/or the respective genes have been proposed.

In general, such reservoirs correspond to habitats rich in nutrients (organic matter),

fed with anthropogenic chemical residues, such as antimicrobials, heavy metals and

other substances, and with bacteria of human/animal origin. In these habitats, the

abundance of nutrients favours bacterial growth, leading to high cell densities.

Under these conditions, the anthropogenic residues may trigger different responses

on bacteria, some of which are believed to favour horizontal gene transfer, while

others may induce bacterial community rearrangements [2, 38, 45, 46]. Curiously,

in spite of the vast number of publications that emphasize the importance of

horizontal gene transfer on antibiotic resistance dissemination, the influence of

external factors on these processes is still not much characterized. If, as many
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investigators suspect, horizontal gene transfer is indeed a major driving force on

antibiotic resistance evolution, this is a serious gap in the current state of the

knowledge.

Examples of sites with the characteristics mentioned above and, thus, potential

reservoirs of antibiotic resistance are common in areas subjected to human

activities (Fig. 2). Particularly, sites in which the use or disposal of antimicrobials

is frequent, such as animal farms or municipal waste water treatment plants, are

likely habitats to favour the spreading of antibiotic resistance. In Europe, the use of

antibiotics as growing factors in animal husbandry is prohibited since 2006 [47].

However, animal farming still represents a critical point for antibiotic resistance

development and dissemination. Among the major main routes of dispersal are

manure, which sometimes is used directly or after composting in agriculture as

fertilizers [48, 49], and animal farms waste water [50–53].

Municipal waste water treatment plants receive daily considerable amounts of

non-metabolized antibiotics and metabolites thereof, as well as other environmental

pollutants. Moreover, domestic waste water is a complex mixture of human com-

mensal and environmental bacteria, which get in contact with considerable amounts

of antimicrobial agents and other substances with unknown effects on bacterial

metabolism and microbial communities [38, 54–57]. The free movement of bacteria

between different environmental niches and the easiness with which bacteria

become adapted to new conditions contribute to a rapid dissemination of antibiotic

Fig. 2 Schematic representation of the environmental bioreactor for the antibiotic resistance

enrichment
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resistance to sites in which selective pressures are attenuated or absent (e.g. surface

water and food products). For instance, the propagation of antibiotic-resistant

bacteria from fish farms or waste water treatment plants to surface water is well

documented [34, 52, 58–60]. Bacteria move between different environmental

niches and, like stickers, drive antibiotic resistance determinants from heavily

contaminated sites to other places in which selective pressures (no matter which

they are) may be inexistent or negligible.

In principle, in the absence of selective pressures, acquired antibiotic resistance

genes can be a dead weight for its host. In such a case, after some generations, these

genes would be lost or contribute to the elimination of the host bacterial lineages.

Nevertheless, in opposition to these expectations, some forms of acquired antibiotic

resistance seem to be stable, with very slow reversibility rates [24, 61]. Depending

on the genetic context and/or environmental conditions, resistance mutations can

contribute to increase both resistance and fitness. In other words, if an acquired

resistance determinant contributes for increased fitness, even in the absence of

selective pressure, it will contribute for the selection of the hosting lineage, and

therefore, to the increase of resistance rates. This was demonstrated, for instance,

with fluoroquinolones [24].

Although in literature the experts need to organize bacteria into different

compartments or virtual categories (waste water, hospital, humans, clinical, and

environmental), there are no real boundaries for bacteria or their genes. Indeed,

bacteria or the respective genetic determinants can move freely between different

environments and contribute for the progressive enrichment of the resistance

determinants at a global scale. This is clearly illustrated in the literature. For

instance, the same antibiotic resistance genes are detected in hospital and animal

husbandry waste waters, sewage, waste water treatment plants, surface water,

ground water and drinking water [35]. A very recent example was given by the

rapid spreading of the gene encoding for the New Delhi metallo-b-lactamase-1

(blaNDM-1), presumably from India to the rest of the world. Plasmids containing the

gene blaNDM-1 have also up to 14, other antibiotic resistance genes, transforming its

host on a super-resistant bacterium and thus a serious threat for public health. Since

its first report on 2008, the same gene was detected in several countries across

Europe, America, Australia and Asia [62].

4 Methods to Assess and Characterize Antibiotic Resistance

in the Environment: The Example of Waters

Antibiotic resistance testing was developed by and for clinical microbiologists

aiming the therapy of bacterial infections. These methods, highly standardized

worldwide, enable laboratories to assist the clinicians in the selection of the

appropriate agent and the adequate doses to administrate in each particular situation

[63–65]. Additionally, the use of standardized methods supports different
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surveillance programs (e.g. [20, 27, 28]). The current knowledge on the general

trends on the increase of antibiotic resistance and, consequently, on the emerging

threats to human health is now stronger because of those surveillance programs.

These methods have been adapted to survey antibiotic resistance in the environ-

ment. Nevertheless, given the nature of the samples, the diversity of bacteria and

even the different degrees of tolerance to antimicrobial agents, it is often difficult to

implement the methods described for clinical applications. Because of the shortage

on standardized methods to characterize antibiotic resistance in the environment,

reliable comparisons aiming the recognition of temporal and geographical trends

hardly can be made. Given the importance of water as a vehicle for the dissemina-

tion of organisms in the environment, the paragraphs below summarize some of the

methods reported in the literature used to characterize and quantify antibiotic

resistance in this type of environment (Fig. 3).

4.1 Culture-Dependent Methods

Culture-dependent methods to characterize antibiotic resistance in the environment

are essentially based on the guidelines developed for clinical and veterinary micro-

biology (e.g. [20, 66–69]). Nevertheless, several adaptations have been introduced,

Fig. 3 Methods of characterization and quantification of antibiotic resistance in environmental

samples
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including those that contribute to reduce time and costs involved. The membrane

filtration method [70] is frequently the first step, allowing both bacteria enumera-

tion and isolation. At this stage, the use of selective and differential culture media

leads to the recovery of specific bacterial groups. Among the most frequently

analysed bacteria are the indicators of microbiological water quality [70–72],

coliforms and enterococci, for which a considerable number of selective culture-

media are commercially available. The bacterial isolates can, then, be purified,

identified, eventually typed to avoid repetitions and characterized for the antibiotic

resistance phenotypes and genotypes. The selection of antibiotics to test, the

procedures to use and the interpretative criteria can be handled as recommended

by the standard guidelines developed for clinical microbiology. Commonly, the

disc diffusion or micro-dilution methods are used to determine the antibiotic

resistance/susceptibility phenotypes. If the objective is, for instance, to assess

spatial or temporal variations of resistance patterns and percentages, it is necessary

to compare a representative number of isolates, capable of supporting a reliable

statistical analysis. This is a highly laborious and time consuming procedure, which

requires some expertise in bacteriology – clearly, major weaknesses. In turn,

through this procedure, it is possible to compare the role of the different species

or of specific phylogenetic lineages in resistance dissemination or to track the

presence of the same bacterium in the environment and clinical settings. The

potential to make medium long term comparisons of antibiotic-resistant bacterial

populations or to track relevant clones in the environment is an unquestionable

strength of this approach.

The workload involved in the procedure described above may be impracticable

for large numbers of samples, for instance, when a routine monitoring plan is to

be implemented. To overcome such a limitation, some adaptations, which involve

the enumeration and isolation of bacteria on antibiotic impregnated culture-media

or modified most probable number estimates have been implemented [73, 74]. In

these adaptations, selective culture media are supplemented with antibiotics at

concentrations similar to or above those reported as inhibitory for the target

bacteria. The ratio between the number of bacteria growing in the presence and in

the absence of antibiotic gives an estimate of the percentage of resistance. Using

this methodology, the definition of resistance differs from that established for

clinical microbiology. Although a known concentration of antibiotic is added to

the culture medium, the concentration that is effectively bioavailable is unknown

and will depend on the culture medium used. Additionally, the fact that a bacterium

can grow on culture medium supplemented with antibiotic does not imply neces-

sarily that it is actually resistant to that substance. For instance, these bacteria can

be persisters, or hold an unstable resistance phenotype, both with questionable

relevance in terms of environmental resistance dissemination [61, 75]. Despite

these weaknesses, the potential to analyse and compare large numbers of samples

and to be implemented in non-specialized laboratories are important strengths of

this kind of procedure.
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4.2 Culture-Independent Methods

Every day novel microbial genomic information is generated and made available in

public databases. This information brings a new dimension to the scale of microbial

diversity and reveals that the microbial gene pool is considerably larger than it was

though some years ago. It was this kind of information that contributed to demon-

strate that most of the genes associated with antibiotic resistance has, actually,

origin in soil and environmental bacteria [3, 8, 26, 76–78]. A vast majority of

bacteria and of their genes, despite the importance that may have in the microbial

community, are not detected using cultivation-dependent methods. Most of the

studies on culture-dependent antibiotic resistance in waste- and surface water have

focussed on human/animal commensal and ubiquitous bacteria for which cultiva-

tion methods are strongly implemented, such as Enterococcus spp. (Firmicutes),
Escherichia coli, Acinetobacter spp. or Aeromonas spp. (Proteobacteria) [58, 60,
79–84]. However, these studies may be out of the step with reality, as culture-

independent methods suggest that other bacterial groups may have an important

role on antibiotic resistance dissemination. Different studies using culture-indepen-

dent approaches showed that members of the phylum Proteobacteria, which

includes numerous human/animal commensals and ubiquitous bacteria, are

among the predominant groups in drinking, surface and waste waters, whereas

Firmicutes and Actinobacteria are often minor representatives of these

communities [57, 85–90]. Nevertheless, this cannot be taken as a rule as culture-

independent methods are not exempt of bias. Actually, procedures such as the DNA

extraction and DNA fragments analysis [polymerase chain reaction-denaturating

gradient gel electrophoresis (PCR-DGGE), pyrosequencing, small subunit ribo-

somal RNA (16S rRNA) gene sequence library, etc.,] can impose serious bias.

Another limitation of these methods is the level of identification, which frequently

is above the taxonomic rank of family. In spite of those restraints, culture-indepen-

dent methods, sometimes associated with cultivation stages, are a powerful

approach to an in depth analysis of antibiotic resistance in the environment [91–95].

Surveys on the diversity of antibiotic resistance genes using culture-independent

methods involve the extraction of the DNA from the total community, directly or

after its enrichment in a culture medium. DNA extraction methods may be designed

according to the fraction of the microbiome that is to be analysed (total DNA,

plasmids) and must be optimized to render extracts with the desired quantity and

quality. These are important aspects to assure the representativeness of the sample

taken and also for a successful PCR amplification. Although metagenomic analyses

may offer an overview of the diversity of genetic elements related with antibiotic

resistance (genes, integrons, and transposons) [3, 93, 95], the use of specific or

degenerated primers to target predefined antibiotic resistance genes is the most

commonly used approach. A major limitation of this gene-targeted approach is the

requirement of previous knowledge on the genetic elements that are searched for, at

least to permit the primers design. Very often, such information has been obtained

on the basis of culture-dependent methods and thus, although a direct DNA
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screening is made, it relies on a previous cultivation stage. Nevertheless, these

gene-targeted methods have offered exhaustive and highly informative culture-

independent surveys of antibiotic resistance genes and related genetic elements

(integrons, transposons) in the plasmid or total DNA of waste waters (e.g. [55, 92,

93, 96–98]). Although much more informative than the culture-dependent methods,

the mere survey of the resistance genes can be of limited value, for instance when

the effect of external factors is to be assessed. In these cases, it is often necessary to

use quantitative methods capable of supporting correlation analyses. For instance, if

it is intended to assess the influence of a waste water treatment process or of the

occurrence of antibiotic residues on the proliferation of resistance genes, it is

necessary to use quantitative methods. In these cases, real-time quantitative PCR

methods represent the most suitable approach [50, 98–101]. Quantitative methods

represent a strong asset for the cause-effect assessment of antibiotic resistance

dissemination.

In comparison with culture-dependent procedures, culture-independent methods

are more sensitive and have an increased potential to survey the diversity of

antibiotic resistance genes in the environment. A weakness of these methods is

the impossibility to elucidate about the bacteria in the community that host specific

resistance determinants. On the other hand, the possibility to explore the genetic

environment (mobile element, associated genes, promoter, etc.) in which the

resistance determinant is integrated offers relevant clues about the gene transfer

potential and gene acquisition history.

The vast majority of the studies on antibiotic resistance in the environment have

focussed on the survey of resistance genes. However, the mere detection of the

antibiotic resistance genes may be insufficient to get a clear perspective of their

function in the environment. If the role of antibiotic resistance genes in the

environment is to be assessed, it is also important to determine the factors capable

of triggering gene expression and to measure the expression levels [24]. Such an

approach requires transcriptomic analyses supported, for instance, by reverse-

transcription PCR or microarrays.

5 Antibiotic Resistance Phenotypes in Waste Waters

Over the last years, a renewed interest on the antibiotic resistance phenotypes in

municipal waste water treatment plants became apparent in the scientific literature.

The underlying hypothesis of these studies is that urban sewage treatment plants are

potential reservoirs of antibiotic resistance, and, in general, it is aimed at

contributing to assess the risks of dissemination, posed by the treated effluents

discharged into natural water courses. As a general trend, these studies focus on

human/animal commensal and environmental bacteria, frequently disseminated via

faecal contamination, and which can survive in waters. The relevance of these

bacteria, which may exhibit clinically relevant resistance phenotypes, as possible

nosocomial agents seems also to be a motivation behind these studies.
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The indicators of faecal contamination, coliforms and enterococci, are among the

most studied groups (e.g. [46, 83, 102–105]). Other groups such as Acinetobacter
spp., Vibrio spp. or staphylococci have been also examined (e.g. [106–108]).

Table 2 presents some examples of studies on antibiotic resistance patterns in

human commensal and environmental bacteria in urban waste water treatment

plants. Despite the relevance these bacteria may have on the propagation of antibi-

otic resistance in the environment, the current state of art on waste water bacterial

diversity suggests the predominance of a myriad of other bacteria, frequently

referred to as unculturable, which may have an important role in antibiotic resis-

tance dissemination. Unculturability is a broad sense condition that comprises three

categories, not necessarily related with specific taxonomic groups, and which

include bacteria: (1) for which the specific growth requirements (nutritional, tem-

perature, aeration, etc.) are not available; (2) with very low growth rates, out-

competed in the presence of fast-growing microorganisms; and (3) unable to cope

with the stressful conditions imposed by cultivation, due to physiological or genetic

injuries. Frequently, unculturability is not a permanent condition and can be

reverted. Nevertheless, most of the times, fast-growing and aerobic or facultative

bacteria, without complex growth requirements, are the major targets in culture-

dependent studies. In contrast, some bacterial physiological groups, important

and prevalent in waste water, as for example, strict anaerobes, chemolithotrophs

and phototrophs, have been almost ignored as potential vectors of antibiotic resis-

tance. Culture-independent waste water diversity studies reveal that an important

fraction of the bacterial community is represented by phototrophic and anaerobic

Proteobacteria, Planctomycetes, Verrucomicrobia, Bacteroidetes/Sphingobacteria,
among others [57, 87, 109]. Although these bacterial groups, in contrast to others

referred to above, are not supposed to get in close contact with humans and animals,

they may have a pivotal role as vectors of antibiotic resistance in waste water systems

(sludge, biofilm, etc.). This topic is currently almost a black box.

In spite of the previously mentioned bias and limitations, the use of varied

cultivation-dependent approaches to assess antibiotic resistance in the environment

allows the recognition of general patterns, which can be vaguely compared with the

situation in the clinical settings. Additionally, this approach is still a major tool to

drive the detection of antibiotic resistance genes in the environment (see Sect. 7).

Table 2 gives some examples of antibiotic resistance prevalence values in

urban waste water treatment plants. For the sake of comparability, some bacterial

groups and antibiotics common to more than one study were selected. These few

examples are enough to show how the use of different cultivation conditions,

antibiotics and concentrations can hamper reliable comparisons. Indeed, this

seems to be a major limitation on the understanding of the factors ruling the

dissemination of antibiotic resistance in environments subjected to human action.

The definition of guidelines, as those available for clinical microbiology, adapted to

environmental samples (water, soil and sludge), could be a valuable tool, for

instance, to assess the efficiency of antibiotic resistance removal by waste water

treatment plants, the influence of climate conditions (e.g. temperature or precipita-

tion) or the risks posed by the use of recycled water as watering system (mainly of
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food products). The definition of antibiotic resistance itself may be inappropriate to

describe acquired resistance in the environment. The most currently used definition

of resistance refers to clinical breakpoints, which are defined for therapeutic uses.

According to this, bacteria are defined as susceptible or resistant by a level of

antimicrobial activity associated with a high likelihood of therapeutic success or

failure, respectively. Clinical breakpoints differ between committees and have

varied over time. Facing the global problem of antibiotic resistance, an alternative

definition, without temporal, geographical or origin variation, was developed.

Instead of using clinical breakpoints, the definition of epidemiological cut-off

(ECOFF) values, proposed by EUCAST [20], assumes the distinction between

wild-type (WT) bacteria of a given species and those which acquired a resistance

mechanism by mutation or horizontal gene transfer. According to this, the ECOFF

value corresponds to the limits in a WT population distribution (WT � X mg L�1

or WT � X mm) [20]. These cut-off values have been published for numerous

bacterial groups and antimicrobials and may coincide or not with the clinical

breakpoints. Although for some species and antibiotics the epidemiological cut-

off value is identical to the clinical breakpoint, in other cases it can be lower or

higher. Despite the importance that the clinical breakpoints may have, for environ-

mental samples the use of ECOFF values will contribute to improve data analysis

and interpretation.

The studies cited in Table 2, as well as others with similar experimental design,

discuss the effects of waste water treatment and possible risks for human health

posed by the discharge of antibiotic-resistant bacteria. Although a detailed compar-

ative analysis is limited by methodological bias, it is possible to recognize some

general trends. For instance, for E. coli, aminopenicillins, sulfonamides and tetra-

cycline are among the antibiotics to which high rates of resistance are observed

(10–40%). This contrasts with what is registered for quinolones or gentamycin,

apparently, still belonging to a group of low resistance prevalence in E. coli
(<10%). For enterococci, tetracycline and erythromycin are among the antibiotics

with high resistance rates (20–40%), whereas aminopenicillins and sulfonamides

are responsible for comparatively lower rates of resistance (1–7%). The increasing

rates of enterococci resistance to quinolones are also evident in these and other

studies [83], probably due to the environmental fitness of the species Enterococcus
faecalis and mainly Enterococcus faecium in which quinolone resistance is highly

prevalent [80, 110]. When compared with the commensal organisms, Acinetobacter
show, in general, lower resistance prevalence values (Table 2).

The use of antibiotics incorporated into the culture medium (methods AIA,

MMPN in Table 2) may indicate lower resistance percentages, for example, for

tetracycline or ciprofloxacin, than the other methods. This was particularly evident

when comparing the ciprofloxacin and tetracycline resistance rates of coliforms and

E. coli in Novo and Manaia [111] and Ferreira da Silva et al. [81], examining the

same waste water treatment plant (Table 2). The same difference can be inferred

from the study of Galvin et al. [74], who, as Novo and Manaia [111], used a direct

enumeration method. The same bias was observed for enterococci with the method

of antibiotic impregnated agar (AIA) yielding much lower ciprofloxacin resistance
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rates than with the disc diffusion method (DDM) (Table 2, [83]). These differences

may be due to the fact that the antibiotic concentrations used were too high to select

all the resistant populations. Nevertheless, it is noteworthy that in some cases,

bacteria isolated from culture-media supplemented with antibiotics may yield an

intermediary resistance phenotype when tested by the disc diffusion method (our

data, unpublished).

One of the ultimate aims of studying antibiotic resistance in the environment is

the search for possible associations with clinical microbiology. In this respect, the

comparison of resistance prevalence in clinical settings and in the environment can

give some clues. In spite of the methodological bias, a first comparison of the data

suggests that antibiotic resistance is more prevalent among clinical bacteria [27].

This is not surprising if one considers that clinical isolates have frequently been

obtained from patients submitted to antibiotherapy and thus resistant strains were

already selected. In the species E. faecalis, aminopenicillin resistance in waste

water isolates was slightly below the values observed for clinical isolates in both

Portugal and Poland for the corresponding years (0.0% vs. 2.6% and 2.3% vs. 4.4%,

respectively). In contrast, in the species E. faecium, aminopenicillin resistance was

clearly less prevalent in waste water than in the clinical settings (2.0% vs. 92.3% in

Portugal and 10.7% vs. 97.5% in Poland, respectively). This suggests that different

populations of E. faecium prevail in the human microbiota and in the environment.

Clinical isolates of E. coli presented considerably higher values of aminopenicillin

and fluoroquinolone resistance than waste water isolates (58.7% and 29.9% respec-

tively, for Portugal; 64.7% and 23.0% respectively, for Poland; and 66.5% and

21.3%, respectively, for Ireland). Additionally, in comparison to what is observed

for clinical isolates, in general, resistance to recent antibiotics is rare in waste water

treatment facilities. Although this situation may change after some years of use,

carbapenem-resistant E. coli was not detected by Łuczkiewicz et al. [110], in
Poland, or by Figueira et al. [46], in Portugal, suggesting that if it exists, such

strains are at very low numbers. Similarly, E. coli resistant to third generation

cephalosporins are still rare in waste water; Łuczkiewicz et al. [110] reported a

percentage of 1.3% and Figueira et al. [46] did not detect any resistant strain (in a

total of 460 isolates of waste and surface water). More surprising is the data for

vancomycin-resistant enterococci in Poland, with very low values in clinical

isolates (0% in E. faecalis and 1.2% in E. faecium) whereas Łuczkiewicz et al.
[110] reported percentages of 2.7% and 6.8%, respectively, in waste water. Indeed,

the data of Łuczkiewicz et al. [110] confirm previous studies which show that

vancomycin-resistant enterococci, mainly the species E. faecium, are inhabitants of
different urban waste water treatment plants [83].

Waste water treatment is accompanied by bacterial community rearrangements

which may lead to changes (increases or decreases) of the percentages of antimi-

crobial-resistant bacteria in the final effluent when compared with the raw inflow.

Additionally, sewage treatment offers privileged conditions to favour antibiotic

resistance acquisition and/or selection (see Sect. 3). Although some authors

reported significant decreases of resistance to aminopenicillins (presumptive

Acinetobacter and Enterobacteriaceae), cephaloporins (Acinetobacter) and
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tetracycline (total heterotrophs, enterobacteria and enterococci) [111, 112], the

general trend seems to be the opposite. Significant increases of antibiotic resistance

in the final (treated) effluent when compared with the raw inflow have been reported

for different bacteria and antibiotics, often associated with the raising of multi-

resistance levels (defined as resistance to different antimicrobial agents). Zhang

et al. [82] showed that Acinetobacter spp. in the final effluent were significantly

more multi-resistant and had higher percentages of resistance to rifampin, chloram-

phenicol and amoxicillin/clavulanic acid than in the raw inflow. Also working with

Acinetobacter, Guardabassi et al. [112] concluded that in one of the plants exam-

ined, waste water treatment was accompanied by an increase on the prevalence of

nalidixic acid resistance. Significant resistance increases to another quinolone

(ciprofloxacin) were also reported for E. coli and enterococci in Portuguese waste

water treatment plants [46, 80, 81, 111]. Similarly, in Poland, Łuczkiewicz et al.
[110] observed significant increases of enterococci resistant to different quinolones.

Based on the current state of art it is not possible to identify the factors that are

responsible for significant variations of antibiotic resistance prevalence during

waste water treatment. Nevertheless, for quinolones, the gathering of some differ-

ent lines of evidence may contribute to understand the observed increases of

resistance. Quinolones are not metabolized before excretion by mammals. In

waste water, where sunlight cannot induce photodegradation, quinolones adsorb

to sediments and may accumulate in the sludge, biosolids and soil particles

[54, 113]. The accumulation of quinolones may contribute to the success of

quinolone-resistant bacteria, which are in advantage in such conditions. On the

other hand, in some bacteria, quinolone resistance is not associated with relevant

fitness costs and thus can be well succeeded in the environment. For instance, in

E. coli, it was demonstrated that strains harbouring resistance to fluoroquinolones,

due to chromosome mutations in the DNA gyrase subunit A gene, gyrA, or also in

the gene that encodes DNA topoisomerase IV subunit A, parC, had no substantial

loss of fitness [24]. This explains the stability of these genotypes of resistance in the

environment and supports the importance of the vertical antibiotic resistance

transmission. Figueira et al. [46] observing a significant increase of ciprofloxacin-

resistant E. coli due to waste water treatment examined the contribution of different

population subsets. The authors concluded that the dynamics of the different

population subsets during waste water treatment supported the significant increase

of resistance observed. During waste water treatment, the ciprofloxacin susceptible

population subset was eliminated more extensively than the resistant E. coli strains,
leading to an apparent increase of quinolone resistance in the final effluent. Quino-

lone resistance in these isolates was due to mutations in the chromosomal genes

gyrA and parC, whereas no plasmid encoded quinolone resistance was found.

These observations were consistent with the fact that ciprofloxacin accumulation

may favour the selection of antibiotic tolerant bacteria, and that those chromosome

mutations have no costs for the cell maintenance even in the absence of selective

pressures. The dynamics of bacterial populations was also a possible explanation

for the increase of ciprofloxacin-resistant enterococci due to waste water treatment

[80]. In this case, whereas members of the species Enterococcus hirae, with very
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low levels of antibiotic resistance, were extensively eliminated during waste water

treatment, members of the species E. faecium and E. faecalis, which had higher

levels of ciprofloxacin resistance, became prevalent in the final effluent [80]. These

evidences show the importance of the resistance fitness costs on the vertical

transmission of antibiotic resistance.

Waste water treatment is essential to prevent undesirable chemical and

biological contamination of surface and ground waters. The undesirable biological

contaminants include pathogenic microorganisms and/or their genes related with

any form of virulence or hazardous potential (e.g. antibiotic resistance). Waste

water treatment contributes to avoid the transmission of such biological agents,

although it is insufficient to completely eliminate the hazardous potential of the

effluents. Municipal sewage treatment, including tertiary (disinfection) treatment

when available, implies bacterial removal rates ranging 1.2–2 log units [102, 111,

112, 114, 115]. These values correspond to the discharge of about 109 to 1012

Colony Forming Units (CFUs) per day per inhabitant equivalent in the final

effluent, in which at least 107 to 1010 will have any kind of acquired antibiotic

resistance [111]. These values, which may be underestimated considering the

fraction of unculturable bacteria, suggest that waste water treatment plants have

an important contribution for the accumulation and dispersal of antibiotic-resistant

bacteria in the environment.

6 Closing the Cycle: Drinking Water

In spite of the consequences that pollution with antibiotics, antibiotic-resistant

bacteria or antibiotic resistance genes may have in the environment, for instance

in biodiversity, major concerns are, for multiple reasons, related with human health.

In this respect, every form of transmission environment–human are critical points to

control the spread of antibiotic resistance. Urban wild animals, food products and

drinking and recreational waters represent important vectors in that transmission

[11, 12, 106, 116–119]. Nevertheless, water, more precisely the different parts of

the urban water cycle (waste, surface or drinking water) is a unique link among the

different reservoirs and transmission vectors. Waste water treatment plant effluents

can promote the contamination of soils and of irrigation waters, and thus, contribute

to disseminate antibiotic resistance to food products. The consequent contami-

nation of surface waters will contribute to spread the resistance to some urban

wild animals and recreational water. Antibiotic-resistance in surface and ground

waters poses also the serious risk of contaminating drinking water. Although

disinfection processes contribute to minimize such risks, the persistence or re-

colonization of antibiotic resistant bacteria in drinking waters is a reality, worsened

by the high potential of many bacteria to produce biofilm in pipelines, reservoirs

and taps.

Good practices recommend that drinking water must be produced from surface

or ground water with suitable chemical and microbiological quality [63]. Although
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no requirements are normally made with respect to antibiotic-resistant bacteria, a

low density of microorganisms and the absence of faecal contamination (indicated

by E. coli and Enterococcus spp.) could be regarded as a precautionary principle in
this regard. Thus, drinking water coping with legal recommendations would be

expected to be free of antibiotic-resistant bacteria, except some intrinsic resistance

phenotypes. Several studies have demonstrated that this is not true and that, indeed,

treated drinking water can be an important mode of transmission of antibiotic-

resistant bacteria to humans [106, 116, 120, 121].

In a study conducted in a drinking water treatment plant serving about 1.5

million of habitants, through a distribution network of 730 km and a total storage

capacity of 130,000 m3, it was observed that antibiotic-resistant bacteria could be

found from the source to the taps. This water treatment plant is fed by surface (river)

water, which goes through a disinfection process that includes filtration, ozonation,

flocculation, flotation/filtration and chlorination. Water disinfection led to a drastic

reduction of cultivable heterotrophic bacteria (from ~101–103 to ~10�1 CFUmL�1),

which, nevertheless, was not accompanied by a similar reduction of the total cell

counts (including unculturable/viable bacteria). Indeed, total cells were reduced by

only one order of magnitude (from ~105–106 to ~104 cells mL�1). Not surprisingly,

total heterotrophs counts were observed to increase after the disinfection stage and,

in general, the numbers of cultivable heterotrophic bacteria found in tap water were

similar to those of raw water. This trend seems to be common in these habitats

[120, 122, 123]. Besides the increase in the cell density along the drinking water

network, also changes in the microbial community composition are known to occur,

mainly during the period of stagnation of water in taps [123]. Proteobacteria
(mainly of classes Alpha-, Beta-, and Gammaproteobacteria), Cyanobacteria and

Bacteroidetes are some of the predominant phyla observed in drinking water

systems [124]. Genera such as Pseudomonas, Flavobacterium, Aeromonas,
Sphingomonas, Acinetobacter, Citrobacter, Enterobacter, Klebsiella, Serratia,
Moraxella, Xanthomonas, Legionella and Mycobacterium are frequently detected

[46, 116, 125–135]. Many of these bacteria can survive in the environment and

colonize humans and other animals causing serious diseases [136]. Such abilities

make these water microbiota members potential vectors of antibiotic resistance

dissemination [2, 29, 45].

Ubiquitous bacteria (e.g. enterobacteria, pseudomonads and aeromonads), able

to survive in potential antibiotic resistance reservoirs as waste water treatment

plants, can move freely between different aquatic environments, eventually

reaching drinking water systems. Also the selective pressures imposed by the

presence of the disinfectants used for drinking water treatment may favour the

survival of organisms carrying resistance determinants. Indeed, many studies have

reported the presence of antibiotic-resistant bacteria and antibiotic resistance

determinants, as genes and mobile genetic elements, in drinking water [120, 121,

137–140]. For example, clinically relevant antibiotic resistance phenotypes have

been observed in members of the genera Enterobacter, Citrobacter, Klebsiella,
Kluyvera, Aeromonas, Sphingomonas and Staphylococcus, which comprise

recognized opportunistic pathogenic species [35, 84, 116, 120, 121, 138, 141, 142].
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The recovery of antibiotic-resistant Salmonella spp. and Listeria spp. from drinking

water is also reported [35, 143, 144].

Water disinfection aims at reducing the charge of potential pathogens in drink-

ing water. Nevertheless, disinfected water is not sterile and the possibility of

re-colonization is also recognized. Moreover, disinfection processes impose stress-

ful conditions which lead to rearrangements of bacterial populations. Such

rearrangements may result on an increase in the percentage of antibiotic resistance

[120]. Population alterations are apparently genera-, species- or even strain-dependent

and, thus, difficult to predict. In a study aiming at assessing the dissemination of

aeromonads in the urban water cycle, it was observed that members of this genus,

commonly reported in waters worldwide, were found in waste and river water, but not

in tap water. Water disinfection, which included a stage of ozonation, was observed to

impose a bottleneck, originating a drop on prevalence of the species Aeromonas
veronii, predominant in river water, and the raise of Aeromonas hydrophila subsp.

hydrophila, which became predominant after ozonation. Moreover, after ozonation

the strain diversity was drastically reduced. An additional stage of disinfection, by

water chlorination, reduced significantly the remaining aeromonads, not detected in

tap water [84]. In contrast, other genera, such as Ralstonia, Pseudomonas or

Acinetobacter, isolated from raw river water could be detected, due to re-growth or

re-colonization, in tap water.

Members of the family Sphingomonadaceae are highly ubiquitous and sporadi-

cally associated with opportunistic infectious episodes, but often disregarded as

potential hazardous organisms in drinking water. Nevertheless, Sphingomo-
nadaceae are reported worldwide among the predominant bacterial groups in

drinking water systems. Recently, in a study with Sphingomonadaceae isolated

from taps and cup fillers of dental chairs, it was demonstrated that these bacteria

yielded high percentages of resistance to b-lactams, ciprofloxacin and

co-trimoxazole, besides intrinsic resistance to colistin [116]. Such antibiotic resis-

tance phenotypes allied to the fact that these bacteria were found in densities

ranging from 101 to 103 CFU mL�1 in the taps and cup fillers suggest their

hazardous potential in drinking water. Another group of ubiquitous bacteria are

the coagulase negative staphylococci, also occurring in treated drinking water and

harbouring resistance to erythromycin, b-lactams, tetracycline and clindamycin

[106]. Ubiquitous Enterobacteriaceae represent another group of bacteria with

expectable presence in drinking water, although often found in waters with faecal

contamination. In a study comprising members of the genera Citrobacter,
Enterobacter, Klebsiella, Kluyvera and Raoutella isolated from treated drinking

water, it was observed that resistance to amoxicillin, tetracycline, ciprofloxacin and

sulfamethoxazole/trimethoprim was in percentages that, most of the times, were not

significantly different from those detected in waste or surface water isolates [121].

Moreover, cephalothin resistance was significantly more prevalent in drinking

water than in waste- or surface water. Such difference was attributed to the

predominance of Enterobacter spp. and Citrobacter spp. in drinking water, consid-
ered to be intrinsically resistant to cephalothin [64]. These results suggest that

cephalosporin resistance favours the survival to the water disinfection processes.
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The same results were previously observed by Murray et al. [145], who after

sewage chlorination, in a pilot setup, found an increase in the proportion of bacteria

resistant to cephalothin, mainly after bacterial re-growth. Besides the resistance

phenotypes, class 1 or class 2 integrons were detected in more than 1% of the

drinking water enterobacteria isolates [121]. These isolates were members of the

genera Citrobacter, Klebsiella and Kluyvera and the integrons contained gene

cassettes similar to those detected in surface and waste water enterobacteria.

These findings suggest the potential of these bacteria to acquire additional resis-

tance genes, mainly in the presence of selective pressures [121].

Most of the bacteria that colonize drinking water, for instance pseudomonads

(non-P. aeruginosa), Acinetobacter spp. (non-Acinetobacter baumannii) or

sphingomonads, have not been intensively studied in what respects antibiotic

resistance genes and acquisition mechanisms. Information supporting further

research, for example, complete genome annotation, is sometimes scarce and

would be an important tool for further studies. Additionally, most of the studies

on antibiotic resistance in drinking water have been performed with resource to

cultivation techniques. As a consequence, little is known about the potential of the

unculturable fraction of the drinking water microbiota as reservoir of resistance to

antibiotics. For instance, functional metagenomic studies can bring important

insights into the antibiotic resistome in drinking water.

7 The Footprint of Antibiotic Resistance Genes in Waters

Antibiotic resistance genes are the centrepiece of every discussion on the origins,

evolution, physiology and modes of dissemination of resistance. In contrast to the

ecological niches frequently defined for live beings, it is assumed that antibiotic

resistance genetic elements have a widespread and unconfined distribution in

microbial populations across the globe, designated as “antibiotic resistome”

[8, 146]. The concept of antibiotic resistome is also closely related to the spreading

of resistance genes via horizontal gene transfer [147]. Thus, the characterization of

antibiotic resistance genes gives objective insights into the exchanges occurring

between the environment and the clinic [148]. Water systems, particularly waste

water treatment plants and the natural water courses to which the effluents are

discharged, are regarded as important connectors between humans and the environ-

ment. This rationale has motivated numerous studies on antibiotic resistance genes

in surface and waste waters over the last years. For the period between 2008 and

mid-2011 more than 50 papers describing antibiotic resistance genes in water-

related environments (excluding fish farms and animal production waste water

treatment plants) were available in public databases of research literature [32, 35]

(Table 3).

Recently, Zhang et al. [35] made a comprehensive literature review of genes

conferring resistance to different classes of antibiotics, detected in different types of

water (raw and treated waste water, surface water, drinking water or sediments).
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Their work clearly shows the diversity of resistance mechanisms as well as its

widespread distribution by different bacterial groups and, above all, the overlap of

these genetic determinants with those reported in clinical isolates. The overlap of

resistance genes in waste water and in clinical settings was also strongly evidenced

in the study of Szczepanowski et al. [32]. Using a set of 192 PCR primers specific

for antibiotic resistance genes, these authors screened total plasmid DNA from

activated sludge bacteria or from the final effluents of waste water treatment plants.

The 140 amplicons obtained, with sizes around 200 base-pairs, indicated the

presence of genes encoding resistance to aminoglycosides, b-lactams, chloram-

phenicol, fluoroquinolone, macrolides, rifampicin, tetracycline, trimethoprim and

sulfonamide as well as efflux pumps. Additionally, some of the resistance genes

detected had a recent description in clinical isolates.

Although the abundance of information on antibiotic resistance genes in water-

related environments cannot be summarized easily, Table 3 furthers the data

presented by Szczepanowski et al. [32] and Zhang et al. [35], giving some examples

of potential environmental and biological reservoirs, and illustrating different

methodological approaches. The multiple studies that have explored the antibiotic

resistome in aquatic environments over the last years provide evidence that resident

or transient bacteria in different habitats harbour resistance determinants of all

classes, located either on the chromosome or associated with mobile genetic

elements [32, 94, 95, 149]. Although the simple detection of a gene is not indicative

of its expression in its host and in that environment, it evidences the stability and

potential of that gene to spread to other environments or hosts. Of the three

mechanisms of horizontal gene transfer in bacteria (Sect. 2), the conjugative

transfer of plasmids have been considered of surmount importance in antibiotic

resistance acquisition [26, 32, 149, 150]. Indeed, plasmid DNA extracted from

waste waters reveal the presence of a myriad of antibiotic resistance genes of

clinical relevance [32, 93]. Nevertheless, the importance of virus as vectors of

housekeeping microbial functions in different biomes has been demonstrated [151].

These findings support the potential of phages to transfer antibiotic resistance

genes, which, although less studied, deserve a special attention [94]. Among the

genetic elements associated with the mobilization of the resistome, integrons are

amongst the most studied. Integrons are gene capture elements, with a critical role

in bacterial evolution and adaptation [152, 153]. These genetic elements encode an

enzyme integrase which facilitates the capture of genes, including antibiotic resis-

tance, in structured gene cassettes [42, 152]. The importance of these genetic

elements in the antibiotic resistance spreading has been referred to consistently,

with particular relevance in clinical environments [42, 152]. These evidences

motivated the search and characterization of integrons in different water

environments. Surprisingly, and in contrast to the evidences available for clinical

isolates, many studies conducted worldwide in waste, surface and drinking waters

suggest the occurrence of highly conserved gene cassette composition inserted in

the variable region of the integrons. Typically, these gene cassettes contain

aminoglycoside- (aadA, sat genes) and trimethoprim-resistance (dfr) genes

[46, 96, 97, 121, 154–158]. Other genes, encoding oxacillinases, carbapenemases
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or quinolone resistance determinants (qnr) among others are also observed in

integron gene cassettes [96, 97, 159]. Nevertheless, most of the times, the integron

gene cassette content cannot explain the observed resistance phenotypes. In spite of

these observations, the data available suggest that integrons are indeed related with

resistance acquisition and multi-resistance evolution in the environment. Several

studies report higher prevalence of integrons in habitats subjected to selective

pressures or associated with multi-resistance phenotypes [46, 95, 155, 158, 160].

A possible explanation was proposed by Li et al. [155] who speculated that co-

resistance to antibiotics of different classes can be due to the activity of multidrug

transporters such as those encoded by qac genes found in the conserved region of

class 1 integrons.

Numerous studies have demonstrated that waste water treatment processes,

operating according to legal recommendations, cannot reduce efficiently the levels

of antibiotic resistance (Table 2; [32]). Sewage composition and the treatment

process itself may impose selective pressures capable of modulating either the

bacterial populations or the antibiotic resistance pool. Using quantitative PCR,

Lachmayr et al. [161] suggested that bacteria harbouring blaTEM genes are more

likely to survive waste water treatment, being introduced into the environment at

densities significantly higher than they occur in nature. In this respect, waste water

treatment plants of antibiotic-production industries and the rivers receiving these

effluents are very interesting case studies [95, 155]. The discharge of these effluents

strongly influences the composition of the bacterial populations in the receiving

medium, promotes a generalized increase of antibiotic resistance, mainly, but not

only, to the antibiotics being produced, and leads to an increase on the prevalence of

integrons [95, 155, 160]. Furthermore, these studies demonstrate that environmen-

tal or ubiquitous bacteria are important targets of such selective pressures. For

instance, in penicillin and tetracycline production waste water treatment plants,

among the leading biological reservoirs of resistance genes appear environmental

and ubiquitous bacteria, such as Pseudomonas putida, Pseudomonas fragi, Pseudo-
monas libanensis, Stenotrophomonas maltophilia or Yersinia kristensenii
[155, 160], which presence in drinking water or in fresh food products would not

be regarded as hazardous. A metagenomic study of river sediments collected

downstream from an Indian waste water treatment plant, processing effluents

from more than 90 bulk pharmaceuticals producers (including antibiotics),

demonstrated also the dramatic effects of selective pressures [95]. In these areas,

rivers can contain extremely high concentrations of antibiotics (for example, up to

6.5 mg L�1 of ciprofloxacin, 0.52 mg L�1 of norfloxacin and 0.16 mg L�1 of

enoxacin) [162] and, thus, the effect of selective pressures is dramatic. These

authors reported high levels of different resistance genes, including a surprisingly

high diversity of mobile fluoroquinolone resistance genes, identified two abundant

non-conjugative resistance plasmids and detected a significant increase of class 1

integrase [95] (Table 3). The study of Kristiansson et al. [95] was conducted in a

river with exceptionally high concentrations of antibiotics, but this is not the rule. In

general, antibiotics are found in waters at sub-inhibitory concentrations and, pre-

sumably, are not the unique factors responsible for the selection of antibiotic
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resistance genes. Using quantitative PCR, Graham et al. [34] demonstrated a strong

correlation between the levels of copper, cobalt and lead (but not of cadmium and

chromium) and the abundance of some of the tetracycline, macrolide or b-lactam
resistance genes analysed. The generalized pollution of waste and surface waters

seems to have unavoidable consequences for the spreading of antibiotic resistance

genes throughout the urban water cycle. In some world regions, artificial ground

water recharge systems are used to prevent the depletion of ground water levels, the

intrusion of salt water or to store surface water. The risks of aquifers contamination

with pathogenic bacteria or antibiotic resistance genes are high. Although such risks

can be attenuated using expensive treatment systems (e.g. ultrafiltration or reverse

osmosis) some resistance genes may persist and enter the food chain via drinking

water [163]. In fact, several studies have demonstrated the occurrence of antibiotic

resistance genes in drinking waters. Examples are the b-lactam (ampC, blaTEM and

blaSHV), chloramphenicol (cat and cmr), sulfonamide (sulI and sulII), tetracyline
(tetA, tetB and tetD), aminoglycosides (aphA, aadA1, aadA2 and sat2), trimetho-

prim (dfrA12 and dfrA17), erythromycin (msrA, ermA and ermC) and vancomycin

(vanA) resistance genes [35, 92, 106, 120, 121, 164].
In spite of the scarcity of data, some world regions, in which infection control

policies and environmental and clinical surveillance systems are inexistent or

inadequate, may be important sources for resistance emergence and spreading

[62, 95]. An emblematic example is given by the metallo-b-lactamase gene

blaNDM-1, firstly reported in India [62, 165]. This new metallo-b-lactamase is

mainly hosted by bacteria spread via faecal–oral transmission, but its occurrence

in ubiquitous bacteria of the species Aeromonas punctata, S. maltophilia or

Citrobacter freundii is also reported [166]. Although the carriage of blaNDM-1 by

non-fermenters is frequently unstable and not associated with typical resistance

[166], the role of those hosts as potential vectors should not be ignored. The search

for antibiotic resistance genes in environmental samples evidences not only their

occurrence in potential sources of human contamination, such as drinking and

recreational waters, but also in unexpected hosts. For instance, Soge et al. [119]
demonstrated that methicillin-resistant Staphylococcus aureus and coagulase-negative
staphylococci, presumably of clinical origin, can be transmitted to visitors in

public marine beaches. Moreover, staphylococci of the beach environment carried

tetracycline and macrolide resistance genes on mobile elements, transferrable to

other bacterial hosts. Kassem et al. [117] reported the occurrence of the gene mecA
in recreational waters, in bacteria of the species Proteus vulgaris, Morganella
morganii and E. faecalis. The high sequence similarity of the detected gene with the

mecA determinant of the chromosomal cassette widely found in S. aureus and

other staphylococci suggests that this gene, of highest concern in clinical settings,

is, in the end, widely distributed and supports the hypothesis that it can be

transferred among different bacteria phyla.

Despite the considerable amount of information published so far, it is important

to remember that the current overview on antibiotic resistance genes in waters (and

in the environment in general) is biased by some scientific and technical contingen-

cies. That is to say, that, probably, only a very little fraction of the resistance genes

202 C.M. Manaia et al.



occurring in waters is being characterized. As referred to in Sect. 2, acquired

antibiotic resistance may result from mechanisms such as transformation of the

antibiotic, the maintenance of a reduced access to the intracellular target or antibi-

otic target modification. However, most of the resistance genes surveyed are

associated with the two first types of mechanism, i.e., the gain of a specific function

by the resistant organism. Examples of these mechanisms are the acquired capacity

to modify (e.g. hydrolysis or acetylation) or to extrude an antibiotic (e.g. efflux

pumps). Although both PCR-based approaches and metagenomic analysis have

been used, most of the antibiotic resistance genes surveyed so far in the environ-

ment are detected by PCR, using specific primers, followed by sequence similarity

analysis. The utilization of specific primers seriously limits the range of antibiotic

resistance genes that can be surveyed; for instance, resistance genes harboured by

bacteria which genome is not deeply characterized, or genes still not sequenced

might not be detected. Even though, the use of PCR-based approaches can be more

effective than metagenomic analysis. At least this was the conclusion reached by

Szczepanowski et al. [32] who, using a PCR-based approach, detected 59 additional
resistance genes in activated-sludge bacteria that could not be identified in the plasmid

metagenome dataset. Another bias is related with the fact that most of the genes

screened were originally described in clinical pathogens, mainly culturable aerobic

bacteriawith fast and non-fastidious growth. For these reasons, the current perspective

of the antibiotic resistome is still mainly culture-dependent. Nevertheless, functional

metagenomic studies of the human microbiome showed that only a small fraction of

the antibiotic resistance genes is currently identified [167, 168]. Moreover, those

authors hypothesize on the existence of some barriers to horizontal gene transfer

between unculturable bacteria and the readily cultured human pathogens [168]. There

are no reasons to consider that such scenario is restricted to the human microbiome.

Indeed, most probably the same immensity of antibiotic resistance genes is still to be

discovered in the environment.

8 Final Remarks

The dramatic increase of severe or lethal infections caused by antibiotic-resistant

bacteria triggered numerous studies on antibiotic resistance, not only from clinical

but also from environmental sources. Nowadays it is clear that environment, and

water in particular, plays a central role on antibiotic resistance dispersion to and

from clinical settings. However, the current state of the art clearly suggests that only
a small fraction of the environmental resistome is known. The modes and
mechanisms of emergence, evolution and transmission of resistance determinants
are still not very well understood. Although environmental pollution is recognized

to play an important role on antibiotic resistance evolution and spreading, it is still
very difficult to draw cause–effect relationships, which sometimes seems to be

strain/species dependent.
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Ecopharmacovigilance

L.J.G. Silva, C.M. Lino, L. Meisel, D. Barceló, and A. Pena

Abstract Active pharmaceutical ingredients (APIs) represent a group of emerging

environmental contaminants. Albeit in trace amounts, they are of great concern

since given their continuous introduction into the environment, their impact on

ecosystems and human health is of great importance. As a result, the environmental

risk assessment (ERA) of medicinal products has to be evaluated and appropriate

legislation has been issued in the European Union (EU).

To accomplish these requirements, the concept of ecopharmacovigilance has

been recently established. This chapter seeks to summarize the many aspects and

nuances surrounding this issue. A comprehensive discussion of the different con-

tamination sources, fate, occurrence, toxicological effects on non-target organisms

and associated risks is presented. Perceived needs and sustainable strategies for

minimizing APIs environmental impact will be identified. Such measures are

imperative to improve awareness and encourage precautionary actions.
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1 Introduction

Active pharmaceutical ingredients (APIs) represent a group of ubiquitous

contaminants in the environment. Albeit in trace amounts, they are of concern

since they are designed to be inherently biologically active and potentially stable

under metabolic processes. Nowadays, it is recognized by the scientific community

that the continual exposure of low doses of pharmaceuticals may produce subtle and

long-term effects on the environment leading to possible irreversible damage of the

ecosystem and human health. Given their continuous introduction into the environ-

ment, their environmental impact, both as stressors and as agents of change, is of

great importance [1, 2].

According to the current knowledge, residues of pharmaceuticals and their

metabolites are widespread in the aquatic systems. Surface water monitoring

programmes in Europe and North America [3–8] have shown, as a result of

improved analytical capabilities [9, 10], the presence of many different classes of

pharmaceuticals, some of which are known to be environmentally persistent [10].

Since traditionally pharmaceuticals have not been considered as environmental

contaminants, the study of their presence in the environment is in some ways a new

area of research which has taken off recently. Nonetheless, so far, there is little

knowledge on their occurrence, fate and environmental assessment, an essential

tool for the implementation of minimizing measures and risk management. Poten-

tial risks associated with releases of pharmaceuticals into the environment have

become an increasingly important issue for pharmaceutical industry and environ-

mental regulators [7, 11].

Consequently, the environmental risk assessment (ERA) of medicinal products

has to be evaluated and appropriate legislation and regulatory guidance has been

issued in the European Union (EU). Recently, Directive 2001/83/EC [12], as

amended by Directive 2004/27/EC [13], requires an evaluation of the potential

environmental risks to be performed for every application for each active ingredi-

ent/excipients from every medicinal product to be authorized. However, the
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potential risk of various classes of pharmaceuticals is difficult to evaluate due to the

lack or inadequate data.

To fulfil this requirement, the concept of ecopharmacovigilance has been

recently established [14], and due to the many facets of this complex issue, the

communication between medical/healthcare communities, pharmaceutical indus-

try, medicine and environmental regulators, academia and environmental science

researchers is primordial.

This chapter describes the main trends in ecopharmacovigilance, including an

overview of the different contamination sources, fate, occurrence, toxicological

effects on non-target organisms and associated risks. Moreover, perceived needs

and gaps will be identified and the outcome of the discussion on this major issue

will be provided.

2 Ecopharmacovigilance

Ecopharmacovigilance, a concept introduced by Daughton and Ruhoy [14], can be

defined as “the science and activities concerning detection, assessment, under-
standing and prevention of adverse effects or other problems related to the pres-
ence of pharmaceuticals in the environment, which affect both human and the other
animal species (. . .)” [15].

This is close to the World Health Organization (WHO) definition of pharmacov-

igilance [16], the science aiming to capture any adverse effects of pharmaceuticals

in humans after use. Pharmacovigilance system involves collection, monitoring,

researching, assessing and evaluating information received from health care

workers such as doctors, dentists, pharmacists, nurses and other health

professionals to be aware of the adverse drug reaction.

Could pharmacovigilance studies contribute for an improved ecopharmacov-

igilance? Several authors consider that the use of existing pharmacological, toxico-

logical and pharmacokinetic data is likely to be helpful in assessing the

environmental risk of pharmaceuticals, as they could provide a better knowledge of

their fate and effect. Pharmacological data alone are not sufficient to assess the risk

for the aquatic environment; however, such data can give information on the mode of

action (MoA) and the toxicity of pharmaceuticals [17]. The International Society of

Pharmacovigilance (ISOP) had a very active role on this issue and, today, ecopharma-

covigilance is regarded as an integral part of pharmacovigilance [15].

In September 2010, the European Parliament adopted amendments to the

pharmacovigilance legislation (Directive 2001/83/EC and Regulation EC No 726/

2004 [12, 18]) in order to broaden its concept to environmental concerns. The

concept paper was under public consultation, until 7 November 2011, to consider

measures to monitor and evaluate the risk of environmental effects of medicinal

products [19].

An ecopharmacovigilance vision should be oriented to allow the prediction of

potential environmental problems and improve ERA. Some pharmaceutical
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industries, such as Astrazeneca, are committed to better understand this new con-

cept, and have started to prepare an information pack for each of their drugs [20].

According to the EU project entitled “Knowledge and Need Assessment on

Pharmaceutical Products in Environmental Waters” (KNAPPE), ecopharmacovig-

ilance deals with APIs monitoring of sources, distribution, fate and biological

impact on ecosystems and, ultimately, on human health [5], which environmental

levels depend on the amounts sold/consumed, pharmacokinetic behaviour, degra-

dation and wastewater treatment plants (WWTPs) removal efficiency.

2.1 World Market for Human Pharmaceuticals

For ecopharmacovigilance, it is important to know the worldwide data for drug use.

The global pharmaceutical market reached, in 2010, 875 billion US dollars, while in

2000 only accounted for 365 billion US dollars [21], representing an increase of

240% in ten years.

In Portugal, the most consumed/sold pharmaceutical groups belong to the central

nervous system, cardiovascular, anti-infective classes and cytostatics, being these

groups heavily represented within the top 100 drugs of the ranking as presented in

Table 1 and in Fig. 1. Pharmaceuticals sales increased 10% in the period 2003/2007

[23], and an increase in cardiovascular system and central nervous system has been

observed [22].

Given the global increase in population (1 billion/decade), and the current

annual increase in drug consumption (3%), a threefold increase in drug consump-

tion is expected, leading to increasing pressures on WWTPs and on the receptive

water environment [24]. As their use cannot be avoided, a sound risk assessment of

their environmental presence is a key problem. This is the case of antibiotics, given

their potential for resistance selection among pathogens, and steroidal hormones,

due to their reproductive effects.

2.2 Environmental Pathways: Sources, Fate and Degradation

Due to their high consumption, APIs are continuously introduced into the environ-

ment. After administration, the majority of drugs are metabolized through phase-I

and/or phase-II reactions.

Both phase-I and phase-II reactions change the physical chemical behaviour of

the substance since the metabolization always affords the metabolites more water

solubility than the parent compounds. In addition, it was showed that the phase-II

metabolites can be even converted back into the original active drug. A significant

amount of the original compound reaches the environment unmetabolized or only

slightly transformed via urine or faeces [25], being the former more significant

[26–30].
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Their widespread environmental presence is most likely to occur from WWTPs

point source discharges, which incompletely remove these compounds, leading to

the contamination of surface waters, seawaters, groundwater and some drinking

waters [31].

Hospital wastewater is the other main source of contamination [32–35]. The

dilution of hospital effluents by municipal wastewaters will lower the concentration

of pharmaceuticals only moderately, because the latter also contain pharma-

ceuticals from households and veterinary sources [36].

Other anthropogenic contamination sources, such as disposal of unused or

expired drugs or pharmaceutical industry discharges, should be assumed [26–30].

Table 1 Consumption of APIs in Portugal [22]

Pharmacotherapeutical

group and percentage

of consumption (%)

Pharmacotherapeutical

subgroup

No. of

medicinal

products on top

of 100 drugs

most used

The most

representative

active

ingredients

Position

on ranking

of 100

most used

Cardiovascular system

(33.5)

Anti-hypertensives 24 Indapamide

Losartan

12

20

Antilipemics 5 Simvastatin 2

Cardiotonics 2 Digoxin 75

Vasodilators 2 Nifedipine 39

Central nervous system

(30.5)

Analgesics and

antipyretics

5 Paracetamol

Acetylsalicylic

acid

1

11

Non-steroidal

antiinflamatory

agents

6 Ibuprofen

Diclofenac

8

10

Psychodrugs 16 Alprazolam

Lorazepam

Zolpidem

Fluoxetine

4

9

13

41

Anti-infective products

(8.6)

Antibacterial drugs 5 Amoxicilin +

Clavulanic

acid

5

Antifungals 1 Fluconazol 96

Endocrine system

(10.9)

Oral antidiabetics 4 Metformin 3

Sex hormones 1 Ethinylestradiol

Gestodene

34

Digestive system (7.3) Antiacids/anti-ulcerous 4 Omeprazol 7

Anticoagulants/

antithrombotics

(5.7)

2 Clopidogrel 19

Antineoplasics/

immunomodulators

agents (0.24)

2 Tamsulosin 26

Respiratory system

(3.3)

Anti-asthmatic agents 2 Montelukast 61

Bronchodilator 1 Salbutamol 62
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Most drugs are designed to be persistent so that they retain their chemical structure

long enough to do their therapeutic work and this, coupled with their continual input,

may enable them to remain in the environment for a significant period of time [37].

However, when in the environment they may be degraded through three elimination

processes: photodegradation, adsorption and biodegradation.

The first depends on factors such as intensity of solar irradiation, latitude, season

of the year and presence of photosensitizers (e.g., nitrates, humic acids) [30]. As

example, the b-blocker propranolol was reported to be rapidly photodegraded and

therefore is not expected to be persistent in surface waters [38]. Photolysis and

hydrolysis were also suggested to be rapid ways of removal of amoxicillin in the

environment [39].

Adsorption to suspended solids is dependent on the lipophilicity or other ability

of binding to soil or sludge, which also depend on pH and/or presence of other

constituents (e.g., complexation). Drugs that are mobile in the soil may be a threat

to the groundwater or leach to a nearby stream [11]. Acidic pharmaceuticals such as

the acetylsalicylic acid, ibuprofen, fenoprofen, ketoprofen, naproxen, diclofenac

and indomethacin (pKa between 4.1 and 4.9) have little tendency of adsorption to

the sludge [40]. Whereas basic pharmaceuticals and zwitterions can adsorb to

sludge to a significant extent, this is the case of fluoroquinolone antibiotics (FQs)

[34]. Low adsorption coefficients make active substances remain in the aqueous

phase, favouring their mobility through the aquatic environment.

Biodegradation occur either in aerobic or in anaerobic conditions, and as detailed

below, it is the most important elimination process in WWTPs. This is an important

degradation process for diclofenac, ofloxacin (OFLO), sulfamethoxazole and

tetracyclines (TCs) [40]. Several fungi, such as Mucor ramannianus, present in
soils, already have been shown to metabolize FQs [41].

Cardiovascular system Central nervous system Anti-infective products Endocrine system

Digestive system Anticoagulants / Antithrombotics Antineoplasics Respiratory system

Fig. 1 Portuguese consumption percentage of the pharmacotherapeutical groups [22]
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2.3 APIs Removal

2.3.1 WWTPs Removal

The scientific published data report the APIs incomplete elimination by WWTPs

and that these facilities are regarded as hot spots of aquatic contamination.

In WWTPs, the following events may happen to the drug/metabolites:

1. They could be mineralized by micro-organisms to carbon dioxide and water, for

example acetylsalicylic acid [11]. Aerobic/anaerobic bio-conversion occurring

either during sewage sludge digestion or during activated sludge treatment

seems to be the most efficient process of elimination. Usually, the best biodeg-

radation results are obtained when activated sludge treatment is conducted

through an increase in hydraulic retention time and the use of mature sludge

[30, 40].

2. Depending on the lipophilicity or other binding possibilities, for example ionic

bindings, a part of the compound will be retained in the sludge. Adsorption to

suspended solids and subsequent removal by sedimentation, as primary or

secondary sludge, is one of the most important elimination processes [42]. If

the sludge is used as soil fertilizer, drugs may be dispersed on agricultural fields

and bioaccumulation occur [11].

3. If the drug/metabolites are persistent and at the same time very polar and do not

bind to solids, they are not retained neither degraded in the WWTPs. Therefore,

they can easily reach the aquatic environment [11]. This is the example of the

ubiquitous presence of carbamazepine in natural waters due to its persistence

and low removal rate (below 20%) [43].

APIs elimination rates in WWTPs depend on their chemical properties and on

the technology used in the WWTPs [44, 45]. The suitability of distinct wastewater

treatment processes for the elimination of APIs has been studied and, to the best of

our knowledge, only for a limited number of pharmaceutical compounds [43].

Conventional wastewater treatment plants (WWTPs) were not designed for an

efficient APIs removal. The sludge retention time (SRT) is one of the crucial

parameters, which influence on the design, operation and control of WWTPs.

APIs can be divided into three major groups: compounds with optimum SRT

range for which their removal is the most effective (e.g., antibiotics and anti-

inflammatories), compounds on which SRT has no impact (e.g., anticonvulsants,

b-blockers and hormones), compounds with visible influence of SRT on their

removal rate (e.g., lipid regulators) [43].

Depending on the wastewater treatment, removal rates can differ [46–49].

Moreover, for compounds of the same pharmacotherapeutic group, such as b-
blockers, highly variable removal rates were obtained when the same treatment

procedure was used. Activated sludge process lead to a significative removal

efficiency for betaxolol, bisprolol, carazolol and metoprolol (65–90%) [49, 50],
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whereas for soltalol and propranolol low removal rates (20–32%) were reported

[50–52].

Advanced wastewater treatment techniques, for example oxidation processes,

can achieve up to 100% removal for diclofenac [52, 53]. Reverse osmosis, activated

carbon and ozonation have been shown to significantly reduce or eliminate

antibiotics from wastewater effluents [32]. The efficiency of two tertiary treatments,

chlorination and UV disinfection, was compared and chlorination led to lower

quantities of antibiotics [54].

The analysis of FQs and TCs in Portuguese wastewater composite samples

obtained from influent and effluent of the WWTP located in Coimbra showed that

FQs and TCs removal ranged between 53 and 92%, and between 89.5 and 100%,

respectively [34, 55]. The removal efficiency of ciprofloxacin (CIPRO) in WWTP

depends on the treatment applied and ranges between 22.2 and 100% [56]. In a field

study at a full-scale WWTPs, in Switzerland, Golet et al. [57] determined a 49–61%

reduction in CIPRO and norfloxacin (NOR) concentrations during biological treat-

ment, 28–35% during mechanical treatment and about 3–4% in the flocculation/

filtration step. They observed a combined removal during the wastewater treatment

process of 88% for CIPRO and 92% for NOR. The WWTPs removal efficiency of

OFLO, based on an activated sludge process and biological nutrient removal, was

77% [32].

However, one should be aware of the fact that if a particular pharmaceutical is

not detected in aWWTP effluent, this does not imply that it has been fully removed.

On some occasions, it may have been degraded and give rise to unsuspecting

or even more toxic compounds that will subsequently contaminate surface waters

[30, 58–60]. As an example, anhydrotetracycline (ATC) and epianhydrote-

tracycline (EATC) are tetracycline (TC) degradation products that cause Fanconi

syndrome [61].

Several studies identify WWTPs effluents as the main conveyors of APIs and

their metabolites into receiving water sources that are used for drinking-water

supply [6, 30, 32, 52, 56, 59, 62–71]. For instance, the presence of ibuprofen,

paracetamol and salicylic acid which are readily bio(degradable) is an indicator of

non- or poorly treated wastewater [72]

As WWTPs removal rates are lacking, modelling is important; however, there is

a need to improve their accuracy for a better evaluation [43].

2.3.2 Drinking-Water Treatments Removal

In this way, APIs and their metabolites, eventually, can reach streams impacted by

WWTPs and endure the drinking water treatment processes that typically combine

conventional and advanced treatments [52].

Studies on conventional drinking-water treatment processes, such as filtration,

coagulation and sedimentation, have shown that coagulation is largely ineffective

in removing pharmaceuticals. Free chlorine is able to remove up to approximately

50% of the pharmaceuticals investigated, whereas chloramines have lower removal
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efficiency. Compounds that showed high removal by free chlorine but low removal

by chloramines include antibiotics, such as sulfamethoxazole, trimethroprim and

erythromycin [52].

Advanced water treatment processes, such as ozonation, advanced oxidation,

activated carbon and membranes (e.g., nanofiltration, reverse osmosis), are able to

achieve higher removal rates (above 99%) [52]. For instance, antibiotics can be

removed from drinking water by ozonation [73, 74]. Ultraviolet (UV) irradiation at

typical disinfection dosages was ineffective for removing most target compounds,

even though it can achieve more than 50% removal of sulfamethoxazole, triclosan

and diclofenac. However, a combination of higher-dose UV with hydrogen perox-

ide removed most target compounds [52, 75, 76].

2.4 Occurrence Data

Worldwide monitoring programmes and a literature review have shown the pres-

ence of many different classes of pharmaceuticals, confirming a global problem.

As shown in Table 2, the presence of these residues was found in a wide range of

environmental samples, including surface water, groundwater and drinking water,

within concentrations up to several ng L�1 as presented in Table 2 [72].

A number of factors can affect the concentrations found in the environment.

A monitoring programme requires an accurate sampling collection plan to obtain

relevant data on environmental contamination and guarantee the accuracy of the

study as a whole. Wastewater composite sampling of 24 hours is essential to

be representative of the large variations in concentration between the different

sampling periods. A difference of a factor of two between maximum day-time

and minimum night-time influent loads has been reported [98, 99].

In addition, seasonal variations may also influence the levels of APIs found.

A seasonal influence on the FQs and TCs detection frequency in Coimbra

(Portugal) municipal and hospital wastewaters was reported [34, 55]. Seasonal

variations of up to a factor of four were also reported in a Finnish river [99, 100].

Seasonal variations can also affect the efficiency of WWTPs and river discharges

since in winter the microbial activity is reduced due to low temperatures and the

dilution effect is higher. Ultimately, at a wider level, geographical situation and

climate may also explain different contamination scenarios between countries in

different climatic zones [99, 100].

Contamination profiles of hospital effluents and influents/effluents of WWTPs to

water courses are essential [55]. Hospitals are one important point source of

contamination due to the presence of higher concentrations of APIs residues and

the presence of specific antibiotics, antineoplasic and diagnostic agents; however,

little knowledge is available on their contribution. These facilities require a waste-

water treatment process more specific before the entrance at municipal WWTPs

[58, 101–105]. In Portugal, the presence of FQs and TCs antibiotics has been

reported in different hospital wastewaters [34, 55].
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Table 2 APIs environmental occurrence data, from 2006 until nowadays

API Country Sample Levels (ng L�1) Reference

Non-steroidal anti-inflammatory drugs

Acetylsalicylic acid Romania Surface water <30–37.2 [77]

Salicylic acid Canada WWTP effluent

Surface water

Surface water

2,178.2

130.4

286.7

[78]

Spain WWTP influent

WWTP effluent

Surface water

2,566

34

12

[6]

Diclofenac Spain WWTP influent

WWTP effluent

1,500

900

[79]

Canada WWTP effluent 448 [78]

Spain

Belgium

Germany

Slovenia

WWTP influent

WWTP effluent

Surface water

Drinking water

21–148

32–1,420

26–72

<7

[80]

Spain Hospital effluent 60–1,900 [81]

United Kingdom WWTP influent

WWTP effluent

901–1,036

261–598

[47]

Spain WWTP influent

WWTP effluent

Surface water

726

323

51

[6]

Ibuprofen Spain WWTP influent

WWTP effluent

84,000

7,100

[79]

Canada WWTP effluent 6,718.3 [78]

Romania Surface water <30–115.2 [79]

Spain

Belgium

Germany

Slovenia

WWTP influent

WWTP effluent

Surface water

Drinking water

37–860

18–1,860

60–152

<12

[80]

Spain Hospital effluent 1,500–151,000 [81]

United Kingdom WWTP influent

WWTP effluent

Surface water

7,741–33,764

1,979–4,239

144–2,370

[47]

Spain WWTP influent

WWTP effluent

Surface water

13,228

3,090

46

[6]

Ketoprofen Canada WWTP effluent 268 [78]

Spain

Belgium

Germany

Slovenia

WWTP influent

WWTP effluent

Surface water

Drinking water

131

<26

<26

<26

[80]

Spain WWTP influent

WWTP effluent

1,496

290

[6]

Ketorolac Spain Hospital effluent 200–59,500 [81]

Mefenamic acid United Kingdom WWTP influent

WWTP effluent

136–363

290–396

[47]

(continued)
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Table 2 (continued)

API Country Sample Levels (ng L�1) Reference

Naproxen Canada WWTP effluent 7,098.2 [78]

Spain

Belgium

Germany

Slovenia

WWTP influent

WWTP effluent

Surface water

Drinking water

109–455

625

70

<26

[80]

Spain WWTP influent

WWTP effluent

Surface water

3,249

598

35

[6]

Paracetamol Spain WWTP influent

WWTP effluent

134,000

220

[79]

Spain Hospital effluent 500–29,000 [81]

United Kingdom WWTP influent

WWTP effluent

5,529–69,570

<20

[47]

Spain WWTP influent

WWTP effluent

Surface water

10,899

276

10

[6]

Antihypertensive

Enalipril Spain WWTP influent

WWTP effluent

Surface water

697

457

n.d.

[6]

Hydrochlorothiazide Spain WWTP influent

WWTP effluent

Surface water

1,534

901

20

[6]

Blood lipid-lowering agents

Fibrates

Clofibric acid Spain

Belgium

Germany

Slovenia

WWTP influent

WWTP effluent

Surface water

Drinking water

25–58

22–107

24–35

<17

[80]

United Kingdom WWTP influent

WWTP effluent

<20–651

<20–44

[47]

Spain WWTP influent

WWTP effluent

Surface water

16

10

3

[6]

Benzafibrate Spain WWTP influent

WWTP effluent

Surface water

351

167

6

[6]

Gemfibrozil Canada WWTP effluent

Surface water

Surface water

403.1

9.0

n.d.

[78]

Spain WWTP influent

WWTP effluent

Surface water

219

101

27

[6]

Statins

Artovastatin Spain WWTP influent

WWTP effluent

Surface water

86

122

2

[6]

(continued)
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Table 2 (continued)

API Country Sample Levels (ng L�1) Reference

Antibiotics

Fluoroquinolones

Ciprofloxacin Portugal Surface water 79.6–119.2 [82]

USA WWTP influent

WWTP effluent

Hospital effluent

Surface water

n.d.–1,000

n.d.

850–2,000

n.d.

[32]

USA WWTP influent

WWTP effluent

150

60

[56]

Spain WWTP influent

WWTP effluent

Surface water

1,030

332

35

[6]

Italy WWTP influent

WWTP effluent

Surface water

513

248

8.8–19

[83]

Enrofloxacin USA WWTP influent

WWTP effluent

250

270

[56]

Portugal Surface water 67.0–102.5 [82]

Spain WWTP influent

WWTP effluent

Surface water

277

219

n.d.

[6]

Norfloxacin Portugal Surface water n.d. [82]

France Surface water 13.2–18.6 [84]

Ofloxacin USA WWTP influent

WWTP effluent

Hospital effluent

Surface water

400–1,000

n.d.–110

25,500–35,500

n.d.

[32]

France Surface water 10.5 [84]

Spain WWTP influent

WWTP effluent

Surface water

219

95

11

[6]

Italy WWTP influent

WWTP effluent

Surface water

463

191

5-10.9

[83]

b-Lactams
Amoxicillin Italy WWTP influent

Surface water

18

<2.08–5.7

[83]

Lincosamide

Lincomycin USA Hospital effluent 300–2,000 [32]

USA Groundwater 320 [85]

Italy WWTP influent

WWTP effluent

Surface water

9.7

7.2

5.7–8.1

[83]

Macrolides

Azithromycin Spain WWTP influent

WWTP effluent

Surface water

314

80

14

[6]

(continued)
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Table 2 (continued)

API Country Sample Levels (ng L�1) Reference

Clarithromycin Spain WWTP influent

WWTP effluent

Surface water

208

50

11

[6]

Germany Surface water

Seawater

WWTP effluent

77

14

520

[86]

Italy WWTP influent

WWTP effluent

Surface water

519

145

1.7–25.4

[83]

Erythromycin Germany Surface water

WWTP effluent

22

173

[86]

Italy WWTP influent

WWTP effluent

Surface water

12

72

2.9–5.4

[83]

Roxithromycin Germany Surface water

WWTP effluent

16

78

[86]

Spiramycin Italy WWTP influent

WWTP effluent

Surface water

603

375

1.1–7.9

[83]

Sulfonamides

Sulfadiazine Italy Surface water 236 [87]

Spain WWTP influent

WWTP effluent

Surface water

73

60

6

[6]

Sulfadimethoxine Italy Surface water

Surface water

Drinking water

28

74

11

[87]

USA Groundwater 46–68 [88]

Sulfamethazine USA WWTP influent

WWTP effluent

160

n.d.

[56]

USA Groundwater 76–215 [88]

USA Groundwater 360 [85]

Spain WWTP influent

WWTP effluent

Surface water

132

46

3

[6]

Sulfamethoxazole USA WWTP influent

WWTP effluent

Hospital effluent

Surface water

390–1,000

n.d.–310

400–2,100

n.d.–300

[32]

USA WWTP influent

WWTP effluent

300

200

[56]

Italy Surface water

Drinking water

402

13–80

[87]

USA Groundwater 1,110 [85]

France Surface water 12.9–26 [84]

Spain WWTP influent

WWTP effluent

Surface water

354

208

11

[6]

(continued)
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Table 2 (continued)

API Country Sample Levels (ng L�1) Reference

Germany Surface water

Seawater

WWTP effluent

93

7

509

[86]

Belgium Seawater n.d.–96 [89]

Italy WWTP influent

WWTP effluent

Surface water

246

101

2.1–5.3

[83]

Portugal Surface water 9.14–53.3 [90]

Sulfapyridine Italy Surface water

Surface water

<12–121

66

[87]

Tetracyclines

Doxycycline Portugal Hospital effluent 8,100 [55]

Minocycline Portugal Hospital effluent

WWTP influent

WWTP effluent

531,700–3,177,900

350,000–915,300

95,800

[55]

Tetracycline USA WWTP influent

WWTP effluent

520

170

[56]

Portugal Hospital effluent 6,000–54,700 [55]

Epi-Tetracycline Portugal Hospital effluent 6,000–17,500 [55]

Other

Metronidazole Spain WWTP influent

WWTP effluent

Surface water

167

164

21

[6]

Trimethoprim USA WWTP influent

WWTP effluent

Hospital effluent

Surface water

590–1,000

n.d.–180

2,900–5,000

n.d.

[32]

USA WWTP influent

WWTP effluent

330

170

[56]

Spain WWTP influent

WWTP effluent

Surface water

50

37

4

[6]

Belgium Seawater n.d.–29 [89]

Sex hormones

Diethylstilbestrol China Surface water 20 [91]

17b-Estradiol China Surface water 100 [91]

Estrone China Surface water 180 [91]

Antiepileptics

Carbamazepine Spain WWTP influent

WWTP effluent

150

130

[79]

Romania Surface water <30–75.1 [77]

Finland WWTP influent

WWTP effluent

Surface water

Surface water

290–400

380–470

<1.4–66

23

[92]

Spain Hospital effluent 30–70 [81]

(continued)
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Table 2 (continued)

API Country Sample Levels (ng L�1) Reference

Spain WWTP influent

WWTP effluent

Surface water

157

198

19

[6]

Spain Surface water 82 [93]

Sweden Surface water 23.6–26.3 [94]

Carbamazepine-

10,11-epoxide

Spain WWTP influent

WWTP effluent

350

160

[79]

Beta-blockers

Acebutolol Finland WWTP influent

WWTP effluent

Surface water

Surface water

390–510

80–230

<0.8–8

8

[92]

Atenolol Finland WWTP influent

WWTP effluent

Surface water

Surface water

510–800

40–440

<11.8–25

<11.8

[92]

Spain Hospital effluent 400–1,700 [81]

Spain WWTP influent

WWTP effluent

Surface water

779

452

9

[6]

Metoprolol Finland WWTP influent

WWTP effluent

Surface water

Surface water

980–1,350

910–1,070

<3.8–116

38

[92]

Spain WWTP influent

WWTP effluent

Surface water

65

49

2

[6]

Sweden Surface water 8–18 [94]

Propranolol Spain Hospital effluent 200–6,500 [81]

Spain WWTP influent

WWTP effluent

Surface water

51

55

2

[6]

United Kingdom WWTP influent

WWTP effluent

Surface water

60–119

195–373

35–107

[47]

Solatol Finland WWTP influent

WWTP effluent

Surface water

Surface water

640–830

160–300

<3.9–52

37

[92]

Antidepressants

Citalopram Norway WWTP influent

WWTP effluent

62.9–303.6

21.9–238.4

[95]

Norway WWTP influent

WWTP effluent

13.0–612

9.2–382

[96]

Canada WWTP influent

WWTP effluent

Surface water

52.2–52.7

46.8–57.8

3.4–11.5

[97]

Spain Surface water 43 [93]

(continued)
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As above mentioned, in Sect. 2.3.2, none of the wide range of drinking water

treatment processes available have been designed to remove pharmaceuticals that

may be present in source waters. Therefore, its worldwide presence in drinking water

generates a growing concern due to the possible human exposure [52, 106, 107],

Table 2 (continued)

API Country Sample Levels (ng L�1) Reference

Fluoxetine Norway WWTP influent

WWTP effluent

1.1–18.7

0.6–8.4

[95]

Norway WWTP influent

WWTP effluent

0.4–2.4

<0.12–1.3

[96]

USA Groundwater 56 [85]

Canada WWTP influent

WWTP effluent

Surface water

3.1–3.5

2.0–3.7

0.42–1.3

[97]

Spain WWTP influent

WWTP effluent

Surface water

25

10

2

[6]

Spain Surface water 14 [93]

Fluvoxamine Norway WWTP influent

WWTP effluent

Seawater

0.8–1.7

<0.49–0.8

0.5–0.8

[95]

Norway WWTP influent

WWTP effluent

0.4–3.9

<0.15–0.8

[96]

Paroxetine Norway WWTP influent

WWTP effluent

Seawater

2.9–12.9

1.0–11.7

0.6–1.4

[95]

Norway WWTP influent

WWTP effluent

0.6–12.3

0.5–1.6

[96]

Canada WWTP influent

WWTP effluent

Surface water

4.6–5.3

4.3–5.2

1.3–3.0

[97]

Sertraline Norway WWTP influent

WWTP effluent

Seawater

8.4–19.8

3.7–14.6

<0.16

[95]

Norway WWTP influent

WWTP effluent

1.8–2.5

0.9–2.0

[96]

Canada WWTP influent

WWTP effluent

Surface water

6.0–6.1

5.1–5.8

0.84–2.4

[97]

Venlafaxine Spain Surface water 57 [93]

Anxiolytics

Nordiazepam Spain Surface water 26 [93]

Oxazepam Spain Surface water 30 [93]

Sweden Surface water 10.4–12.7 [94]

7-aminoflunitrazepam Spain Surface water 55 [93]

Lorazepam Spain WWTP influent

WWTP effluent

Surface water

76

102

11

[6]
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namely the involuntary and unavoidable exposure of pregnant women and children.

APIs reported most frequently in finished drinking water include: carbamazepine,

phenytoin, meprobamate, clofibric acid, gemfibrozil, iopromide, iopamidol, ibupro-

fen and sulfamethoxazole. The six APIs consistently reported to have the highest

concentrations are: ibuprofen, triclosan, carbamazepine, phenazone, clofibric acid

and acetaminophen. As above mentioned, although ibuprofen is considered to be an

indicator of non- or poorly treated wastewater, this API and its methyl ester

metabolite were reported as having exceeded a concentration of 1 mg L�1 in

finished drinking water [107].

Future monitoring studies should close the existing data gaps in the current knowl-

edge and overcome the challenge of data comparability [72]. A European database of

results would also be helpful to improve knowledge and management of risk.

2.5 Environmental Risk

2.5.1 Ecotoxicity and Bioaccumulation

Little is known about the biological effects of APIs on the aquatic environment. The

sparse research on this emerging problem reflects, in part, the fact that environmen-

tal toxicology has traditionally focused on the effects of acute exposure, rather than

on low level, chronic exposure [40, 58].

Even though they are found in concentrations well below the therapeutical level,

a number of issues suggest the need for more knowledge of the potential health

effects of highly diluted pharmaceuticals, ingested over the whole life span, for

non-target organisms, as well as for human health.

Many non-target organisms (which possess human- and animal-alike metabolic

pathways, similar receptors or biomolecules) are inadvertently exposed to these

substances [40, 58]. Since several APIs are known to interact with Cytochrome

P-450, there is a potential risk of disruption in the homeostasis of non-target

organisms. Moreover, pharmaceuticals that interact with the Glycoprotein-P

(P-gp), a multidrug transporter that actively transports xenobiotics out of the cell,

increase their sensitivity to environmental pollutants [17].

Ecotoxicological data points out that mixtures of active substances might have

different effects than single compounds [108–110], but general knowledge on this

issue is still sparse. There are some examples of toxicity studies in literature

showing that APIs mixtures may exhibit additive effects leading to toxicity even

at low levels [109].

The actual exposure scenario posing the most uncertainty regarding toxicology

is long-term exposure to multiple APIs. If many APIs are present and share the

same MoA, then the dose is effectively summed accordingly (known as dose

additivity). For APIs known to occur in the environment, examples of drug classes

whose individual APIs share the same MoA include oestrogens, selected serotonin

reuptake inhibitors (SSRIs) antidepressants, non-steroidal anti-inflammatory drugs
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(NSAIDs), specific classes of antibiotics (e.g., sulfa drugs) and statin lipid-lowering

agents [107].

Consequently, single compound ecotoxicological assays are not sufficient to

provide accurate environmental risk assessment of pharmaceuticals [17]. A com-

prehensive manner to evaluate the toxicity effects on non-target organisms must

include the development of specific tests embracing either acute effects (where

mortality rates are often registered) or chronic effects (by means of exposure to

different concentrations of a chemical compound over a prolonged period of time).

In the latter, effects are measured through specific parameters such as growth index

or reproduction rates. Unfortunately, studies on acute effects in organisms belong-

ing to different trophic levels (i.e., algae, zooplankton and other invertebrates and

fish) predominate relatively to chronic ones. Acute toxicity data is only valuable

when accidental discharge of the drugs occurs, since the environmental

concentrations usually reported for these compounds are low, typically in a factor

of one thousand [111].

As originally proposed, the outcomes that might be expected in the aquatic

environment are usually expected to be subtle, such as alteration of behaviour,

rather than more obvious effects end points such as growth or survival. One

example is a reduction in activity or alteration in behaviour of aquatic organisms

when exposed to trace levels of SSRIs or NSAIDs. These might lead to alterations

in avoidance or attraction that can change predation and reproductive behaviours,

thereby affecting change in ecological community structure. The exposure levels at

which these types of effects can be measured can be up to six orders of magnitude

lower than the existing no-observed-effects-thresholds for conventional end points.

For highly potent APIs, profound effects can occur at low ng L�1 levels, the

adverse effect of ethynylestradiol on fish populations is one example [107]. Another

example is the development of resistant bacterial strains induced by the release of

antibiotics into the environment [112, 113]. Dorne et al. [114] concluded that

fluoxetine, ibuprofen, diclofenac, propranolol and metoprolol exhibit relatively

high acute toxicity to aquatic species. In addition, due to the inherent properties

of these chemicals, pharmacodynamic effects were observed in the heart rate of

Daphnia magna for the b-blockers propranolol and metoprolol.

The most damning evidence of APIs impact on wildlife comes from studies on

fish. Fluoxetine has been detected in tissues of fish species living in a municipal

effluent at levels of 0.1 ng g�1. Redox properties of some medicinal products can

influence the oxidative metabolism in hepatocytes of rainbow trout leading to

oxidative damage [115].

A study showed the collapse of a population of fish in an isolated lake spiked

with relatively high levels of the synthetic oestrogen 17a-ethinylestradiol [116].
Other studies on aquatic populations in a waste-impacted stream in Boulder,

Colorado, showed reproductive effects from estrogenic wastewater effluent [117].

Compared with aquatic exposure, many more uncertainties surround the potential

for outcomes from human exposure. Given the sparse research performed on ultra-

low-dose studies, and the complexity introduced by mixed-mode (nonmonotonic)

dose–response curves (which effectively prevent extrapolations to lower doses), it
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might seem unlikely at first, but not improbable, that adverse or even benign effects

could occur in humans [107].

Continuous consumption of drugs even at sub-therapeutic concentrations

represents a potential threat to public health, although one should bear in mind

that it is still impossible to evaluate the effects of exposure on human health [58,

60, 118].

There is little information about the bioaccumulation potential of pharmaceuticals

in biota or food webs. Despite low lipid solubilities, pharmaceuticals are being

detected in tissues of aquatic organisms in higher concentrations than those in the

surrounding environmental waters. This is perhaps partly a result of drugs being

designed to take advantage of gaining intracellular access via active transport [40].

There are few monitoring studies on APIs in fish tissues; however, multiple APIs

were targeted in fishmonitoring. The concentrations across tissues vary bymanyorders

of magnitude as a function of the concentration of exposure, the species and specific

tissue, with bile often serving to concentrate the most and the brain the least [107].

Diphenhydramine, diltiazem, carbamazepine and norfluoxetine have been

reported simultaneously in the same wild fish [107]. Moreover, diclofenac was

found accumulating in vultures [119], fluoxetine, sertraline and the SSRI

metabolites norfluoxetine and desmethylsertraline were detected in fish [120].

Diclofenac bioaccumulation factors were 10–2,700 in the liver of fish and

5–1,000 in the kidney, depending on exposure concentrations [40, 121]. Gemfibro-

zil occurred in blood plasma of goldfish after exposure over 14 days at 113 times

higher levels than in water [40].

In summary, probably due to the complex experimental work involved,

bioaccumulation and chronic toxicity tests are scarce [40, 58]; however, these

studies are very important for a better knowledge of the effects on human health.

2.5.2 Environmental Risk Assessment

The discussion on the presence of pharmaceutical products in environment

suggested a need for the development of an ecologically integrated risk assessment

for the medicinal products. Organizations at the international level are increasingly

and intensively engaged in this debate. In this context, it is recognized that the

environmental impact of medicinal products has to be evaluated and more appro-

priate legislation and regulatory has been implemented in the EU.

The EU Directive 92/18/EEC [122] introduced for the first time the requirement

for an ERA, as a prerequisite to obtain marketing authorization for veterinary

pharmaceuticals. For this purpose, the European Agency for the Evaluation of

Medicinal Products (EMEA) published a “Note for Guidance” where guidelines to

assess the environmental risk of veterinary medicinal products are established [123].

The European Commission extended its concerns to pharmaceuticals for human

use and, according to Article 8 of the Directive 2001/83/EC [12] (6 November

2001), amended by Directive 2004/27/EC [13] (31 March 2004), an application for

a marketing authorization for a medicinal product should be accompanied by an
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evaluation of its potential environmental risks. An ERA is also required if there is

an increase of the environmental exposure (e.g., a new indication).

Any risk relating to the quality, safety or efficacy of the medicinal product

regarding human health may influence its marketing authorization. However,

given the relevance of a medicine, a negative ERA cannot affect its risk/benefit

balance. In support to the estimation of an ERA, the European Medicines Agency/

Committee for Medicinal Products for Human use [124] has released a guideline

(EMEA/CHMP/SWP/4447/00). The Risk Assessment Strategy for human medici-

nal products follows the general principle as applied to chemicals. Globally it

includes primarily an estimation of exposure of concentration of the active ingredi-

ent/excipient in the surface water. Whenever the value of the obtained exposure is

above the action limit of 0.01 mg L�1 or the active ingredient represents an

ecological threat, the risk assessment will be extended.

The Risk Assessment model comprises: (1) prediction of the concentration that

will reach the environment (PEC), (2) prediction of the no-effect concentration

(PNEC) on a small selection of organisms (3 species), and (3) propose possible

minimization measures which will be inserted, in form of standard sentences, in

summary of product characteristics (SPC) and/or patient information leaflet of

respective Medicinal Product [125].

For the last years, a number of risk assessment and/or prioritization strategies

have been implemented in Europe and the USA. Most of them were conducted

according to the EMEA guideline. One of the first ERA has been conducted in 2000

in Denmark [126]. United Kingdom, Germany, Sweden, Italy, France and the USA

also presented ERA studies of human pharmaceuticals. The 2008 French prioriti-

zation strategy gives special emphasis to metabolism and pharmacological data,

however, in a first ERA step, based on PEC/PNEC ratios, only a few

pharmaceuticals were classified due to lack of ecotoxicological data. Therefore, a

pragmatic prioritization approach based on three tiers was implemented [17]. Any

assessment of negative environmental potential risk implies precautionary and

safety measures. However, it is rather difficult to compare the results of risk

assessment and prioritization strategies as methodologies, goals and available

information are heterogeneous [17].

In this context, it is recognized that the environmental impact of medicinal

products has to be evaluated and more appropriate legislation and regulatory shall

be considered for implementation in the EU.

2.6 Environmental Classification of Pharmaceuticals

Prior to implement a monitoring program in the aquatic environment, there is a

need to rank APIs according to their environmental relevance since it is not feasible

to search all molecules in the environment. Therefore, methodologies need to be

developed to select the priority compounds [17].
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APIs presenting high prescription and consumption (e.g., b-blockers, antibiotics),
poor removal in WWTPs, high persistence (e.g., antiepileptics), high toxicity

(e.g., antidepressants, hormones) or producing antibiotic resistance must be consid-

ered priority compounds due to their high risk to the aquatic environment. On the

contrary, APIs with low prescription and consumption, low risk to aquatic environ-

ment, efficiently removed in WWTPs, presenting low persistence (due to biodegra-

dation and photodegradation), and low toxicity are not priority molecules.

The Swedish Classification Scheme initiated in 2005 by the Swedish Association

of Pharmacy Industries (LIF), the Swedish Medical Products Agency, Apoteket

(National Corporation of Swedish Pharmacies), the Swedish Association of Local

Authorities and Regions and the Stockholm County Council, take in account

Persistence, Bioaccumulation and Toxicity (PBT) characteristics of pharmaceutical

products. This voluntary scheme looks at the environmental hazard and the

associated risk of pharmaceutical products. The environmental risk is calculated

based on the ratio PEC/PNEC according to the EMEA guideline [17, 124, 127]. The

obtained information is only available on the website www.fss.se, since due to

European restrictions it is not possible to include warning labels on the packaging

of medications [17].

Considerable international interest has been shown towards the Swedish model

for environmental classification of pharmaceutical substances, from pharmaceutical

companies, from various EU projects, from pharmaceutical authorities and from the

various health care providers [128]. Although there are some criticisms regarding

this classification model, it must be assumed that this was the very first effort to do

an environmental classification of pharmaceuticals.

Nowadays, an FP7 project named PHARMAS (www.pharmas-eu.org) is work-

ing on a proposal to implement a common environmental classification system

of pharmaceuticals throughout the EU, inducing a dialogue with the proper EU

authorities [132].

3 Environmental Concerns and Models of Change

The emphasis placed on environmental concerns led to the concept of ecopharma-

costewardship that relates to the environmental activities being pursued by the

research pharmaceutical companies to minimize the pharmaceuticals environmen-

tal footprint and produce a new generation of green and sustainable products [129].

According to the GlaxoSmithKline “the challenge for the green chemistry

community is to develop systematic approaches to introduce greener practices

with low cost/benefit” [129]. The pharmaceutical industry has recently achieved

numerous successes in greening its synthetic processes, for instance, the active

ingredient sertraline had its manufacturing process stream lined from 3 steps to one,

using a more selective catalyst and more benign solvent [129].

On the other hand, disposal of leftover drugs into sewers has received consider-

able attention since few years ago, in Europe, take-back schemes for unused or

Ecopharmacovigilance 233

http://www.fss.se
http://www.pharmas-eu.org


expired medicines are required by EU legislation since 2004. Therefore, under the

provisions of current European Union legislation (Directive 2004/27/EC [13]), all

EU Member States must establish collection schemes to recover and safely dispose

of unused and expired medicines.

Nowadays, 20 European countries have a drug take-back scheme in place [130].

Some of the schemes, particularly those in France and Sweden, are well established

and successful. However, many of the more recent schemes do not appear, as yet, to

be very effective [129].

In Portugal, aware of the specificity of the drug as waste, the Portuguese

pharmaceutical industry, responsible for the packaging disposal management,

joined the other members of the APIs lifecycle, mainly distributors and pharmacies,

and created the company VALORMED to yield the management of packaging

waste and discarded medicines. In 2010, 838 tonnes of packaging waste and

discarded medicines were collected, representing an increase of 17% over the

previous year (www.valormed.pt) [131].

In recent years, several initiatives have been launched to establish or strengthen

surveillance systems, both in EU member states and at an international level, to

monitor the presence of these residues in environmental matrices. When

implementing measures, water bodies relevant for drinking water should receive

priority. Furthermore, research is required to determine whether observations made

from regional sample sets are representative of environmental concentrations

nationwide [3], being essential to perform contamination maps and implement

surveillance models, needed for the establishment of a sustainable strategy, to

minimize environmental impact of medicines.

Pharmaceuticals are greatly increasing in number and kind, with greater likeli-

hood of releases into the environment. According to Daughton and Ternes [58], the

enormous array of pharmaceuticals will continue to diversify and grow as the

human genome is mapped. The explosion in new drugs will severely exacerbate

our limited knowledge of drugs in the environment and possibly increase the

exposure/effects risks to non-target organisms.

4 Final Remarks

To the best of current scientific knowledge, pharmaceuticals do not pose an eminent

threat to the environment; however there are many more uncertainties than

certainties and the scientific interest on the consequences of a lifelong exposure

to mixtures of low levels of pharmaceuticals is increasing. Moreover, their

pseudopersistent nature makes them an intriguing target for further study.

Almost nothing has been published in the medical literature with sated objective

of determining the causes, extent, risks, or solutions to the issues of APIs as

pollutants. This multidisciplinary problem highlights the importance of a scientific

collaboration between different partners, with different areas of knowledge, to

ensure that ecopharmacovigilance delivers its full benefits.
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After an in-depth evaluation of the many facets of this issue, one can conclude

that human health and environment health are intimately tied and the possible risks

should be known in advance so that we can prevent them.

Sustainable strategies for minimizing APIs impact on the environment and

prioritizing measures should be established. Many actions could be considered to

reduce the APIs environmental footprint by promoting safety approaches along the

APIs lifecycle, endorsing their rational use, improving the drug disposal, WWTP

treatment process and take-back schemes. It has to be kept in mind that advanced

technical solutions are not globally applicable and other options of action like

developing green pharmaceuticals should not be neglected. According to the

“Precautionary Principle”, prevention is the best strategy for reducing contamination.
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110. Quinn B, Gagné F, Blaise C (2009) Evaluation of the acute, chronic and teratogenic effects of

a mixture of eleven pharmaceuticals on the cnidarian, Hydra attenuate. Sci Total Environ

407:1072–1079

111. Crane M, Watts C, Boucard T (2006) Chronic aquatic environmental risks from exposure to

human pharmaceuticals. Sci Total Environ 367:23–41

112. Ding C, He J (2010) Effect of antibiotics in the environment on microbial populations. Appl

Microbiol Biotechnol 87:925–941

113. Kim S, Aga DS (2007) Potential ecological and human health impacts of antibiotics and

antibiotic-resistant bacteria from wastewater treatment plants. J Toxicol Environ Health B

Crit Rev 10:559–573

114. Dorne JLCM, Ragas AMJ, Frampton GK et al (2007) Trends in human risk assessment of

pharmaceuticals. Anal Bioanal Chem 387:1167–1172

240 L.J.G. Silva et al.



115. Boxall A, Greenwood R (2010) Biological monitoring and endpoints. In: Benoit R (ed)

Pharmaceuticals in the environment: current knowledge and need assessment to reduce

presence and impact. IWA Publishing, London

116. Kidd KA, Blanchfield PJ, Mills KH et al (2007) Collapse of a fish population after exposure

to a synthetic estrogen. Proc Natl Acad Sci USA 104:8897–8901

117. Vajda AM, Barber LB, Gray JL et al (2008) Reproductive disruption in fish downstream from

an estrogenic wastewater effluent. Environ Sci Technol 42:3407–3414

118. Stackelberg PE, Furlong ET, Meyer MT et al (2004) Persistence of pharmaceutical

compounds and other organic wastewater contaminants in a conventional drinking–

water–treatment plant. Sci Total Environ 329:99–113

119. Oaks JL, Gilbert M, Virani MZ et al (2004) Diclofenac residues as the cause of vulture

population decline in Pakistan. Nature 427:630–633

120. Brooks BW, Chambliss CK, Stanley JK et al (2005) Determination of select antidepressants

in fish from an effluent-dominated stream. Environ Toxicol Chem 24:464–469

121. Schwaiger J, Ferling H, Mallow U et al (2004) Toxic effects of the non–steroidal

anti–inflammatory drug diclofenac Part I - Histopathological alterations and bioaccumulation

in rainbow trout. Aquat Toxicol 68:141–150

122. Directive 92/18/EEC (1992) Modifying the annex to council directive 81/852/EEC on the

approximation of the laws of member states relating to analytical, pharmacotoxicological and

clinical standards and protocols in respect of the testing of veterinary medicinal products

123. EMEA (1998) Note for guidance: environmental risk assessment for veterinary medicinal

products other than GMO-containing and immunological products, The European Agency for

the Evaluation of Medicinal Products: Veterinary Medicines Evaluation Unit, EMEA/

CVMP/055/96-FINAL, 1998

124. EMEA/CHMP – European Medicines Evaluation Agency/Committee for Medicinal Products

for Human Use (2006) Doc Ref EMEA/CHMP/SWP/4447/00, guideline on the environmen-

tal assessment of medicinal products for human use, 12 pp

125. Meisel ML, Costa MC, Pena A (2009) Regulatory approach on environmental risk assess-

ment. Risk management recommendations, reasonable and prudent alternatives. Ecotoxicol-

ogy 18:1176–1181

126. Stuer–Lauridsen F, Birkved M, Hansen LP et al (2000) Environmental risk assessment of

human pharmaceuticals in Denmark after normal therapeutic use. Chemosphere 40

(7):783–793

127. Wennmalm A, Gunnarsson B (2010) Experiences with the Swedish Environmental Classifi-

cation Scheme. In: K€ummerer K, Hemple M (eds) Green and sustainable pharmacy. Springer,

Berlin

128. K€ummerer K (2009) Antibioticis in the aquatic environment – a review – Part II.

Chemosphere 75:435–441

129. Taylor D (2010) Ecopharmacostewardship – a pharmaceutical industry perspective. In:

K€ummerer K, Hemple M (eds) Green and sustainable pharmacy. Springer, Berlin

130. Vidaurre R, Touraud E, Roig B et al (2010) Recommendations on communication and

education. In: Benoit R (ed) Pharmaceuticals in the environment: current knowledge and

need assessment to reduce presence and impact. IWA Publishing, London

131. www.valormed.com. Accessed 29 Sep 2011

132. www.pharmas-eu.org/. Accessed 29 Sep 2011

Ecopharmacovigilance 241

http://www.valormed.com
http://www.pharmas-eu.org/


Human Exposure and Health Risks to Emerging

Organic Contaminants

Adrian Covaci, Tinne Geens, Laurence Roosens, Nadeem Ali, Nele Van den

Eede, Alin C. Ionas, Govindan Malarvannan, and Alin C. Dirtu

Abstract We have reviewed the human exposure to selected emerging organic

contaminants, such new brominated flame retardants, organophosphate flame

retardants, phthalate substitutes, triclosan, synthetic musks, bisphenol-A, perchlo-

rate, and polycyclic siloxanes. Levels of these emerging contaminants in matrices

relevant for human exposure (air, dust, food, water, etc.) and in human matrices

(blood, urine, or tissues) have been reviewed, together with some of the relevant

health effects reported recently.
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1 Introduction

Emerging contaminants are a broad category of chemicals, previously unknown or

unrecognized as being of concern, but that are under increasing scientific scrutiny.

In general, most of these contaminants are not regulated in the traditional sense of

having allowable levels determined for specific environments. Current understand-

ing of these contaminants often contains significant gaps, including their toxicity

(toward humans), bioaccumulation, occurrence, transport, and transformation

mechanisms. Many emerging contaminants are families of chemicals over which

concern has been raised for at least some of the compounds in the group.

Emerging contaminants generally have “point sources” of release or exposure

and are widely used in consumer goods, serving useful day-to-day functions within

society. Human exposure and body burdens are generally of key concern for these

contaminants precisely due to their broad applications. Several emerging

contaminants are persistent, bioaccumulative, and toxic (PBT), while others are

associated with endocrine disruption, including estrogenic effects in humans or

animals. As advances in the sensitivity of analytical methods are achieved, these

compounds will continue to be studied by researchers and regulators. There is yet

concern regarding the availability and the comparability of data at European and

international levels.

In this chapter, we systematically investigated the levels of selected emerging

organic contaminants in matrices relevant for human exposure (air, dust, food,

water, etc.) and their levels in human matrices, and reviewed some of the relevant

health effects reported recently.

2 Human Exposure to Current-Use Brominated Flame

Retardants

Due to their adverse health effects, several restrictions and bans have been imposed on

the usage of polybrominated diphenyl ethers (PBDEs), namely the penta-, octa-, and

deca-BDE formulations, in Europe, China, North America, and Japan (http://www.

bsef.com). The restricted usage of these PBDEs increased the market demand for

substitute brominated flame retardants (BFRs) including hexabromocyclododecanes
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(HBCDs) [1], tetrabromobisphenol A (TBBPA) [2], and a range of novel BFRs

(NBFRs) [3]. Currently, TBBPA is the BFR with the largest production volume

worldwide (http://www.bsef.com). Their increased production volume is reflected

by an ongoing increase of their environmental detection frequencies [3–5]. However,

an extensive review of the existing literature revealed no similar temporal trend

for TBBPA which might be due to its shorter half-life in humans [2]. Similar to

PBDEs, these chemicals reach the environment through the manufacture, use, and

disposal of various BFR-containing consumer products. In addition, various monitor-

ing studies have indicated their presence in wildlife and in humans making them

ubiquitous contaminants ([3, 6]). Their accumulation in humans primarily occurs

through dietary intake, indoor dust ingestion, and indoor air inhalation (Table 1).

Dermal uptake is considered to be less important as the log Ko/w of these compounds

are >5 [18].

2.1 Human Levels and Profiles

In general, compared to the extensive database of PBDEs in human tissues, less

information is available on the levels of substitute BFRs in humans. In recent years,

both the levels and the detection frequency of HBCDs in human tissues have

increased significantly, which was paralleled by the higher usage of the HBCD

technical mixture [19]. While Covaci et al. [6] reported a low detection frequency

of HBCDs in serum and human milk (3–50%), this has mounted to 70% in serum

samples [20] and 100% in human milk samples [21]. Moreover, the median-

detected HBCD levels in serum are now similar to the total median PBDE concen-

tration [20], which used to be the dominant BFR in human tissues [6]. Mean HBCD

levels in serum and human milk samples are generally below 5 ng/g lw, but can

mount up to 100 ng/g lw in occupationally exposed populations (Table 2). HBCD

levels in European samples are in general higher compared to those detected in

the USA and Asia, although a lack of regulatory measures in China, combined with

a high density of e-recycling facilities, may lead to future higher levels in this

region [33].

A note should be made on the dominance of a-HBCD in human samples, which

is likely to occur because of a diastereomeric shift due to the preferential metabo-

lism of b-HBCD and g-HBCD by cytochrome P450 [34]. Several studies have

reported the dominance of a-HBCD in human serum [7]. In contrast, some studies

reported g-HBCD to contribute to a higher percentage of the total HBCDs in human

tissues [23, 26]. An increase in the percentage of g-HBCD has been reported in

highly exposed population and in occupationally exposed workers, with g-HBCD
making up to 40% of S-HBCDs [23, 35]. Although the reasons for the different

isomer profiles in human tissues from different studies are not yet clear, it is

reasonable to hypothesize that they arise from a combination of differences in

external exposures (e.g., a-HBCD predominated in both dust and diet of the present

study) and interindividual variations in metabolism.
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Levels and detection frequency of TBBPA are generally lower than those of

PBDEs and HBCDs in human samples. Consistent with its phenolic structure that

can be rapidly conjugated in human liver and subsequently excreted in bile [36],

TBBPA has a short human half-life that has been reported to be as low as 2 days in

human plasma [28, 37]. In addition, HBCD and PBDEs are additive BFRs, while

TBBPA is a reactive BFR, meaning that TBBPA is chemically bound to the

polymer structure and, thus, the leaching or release of TBBPA into the environment

is limited [38]. Therefore, levels of TBBPA are often lower and detection of this

Table 2 Overview of HBCDs, TBBPA, and NBFRs levels in various human matrices

Compounds Matrix Country Mean Levels

(ng/g lw)

Particularities References

HBCDs Serum Belgium (16) 1.7 Roosens et al. [7]

The Netherlands

(78)

1.1 Covaci et al. [6]

Sweden (50) 0.46 Covaci et al. [6]

Greece (61) 1.32 Kalantzi et al. [20]

Norway (41) 4.1 Highly exposed Thomsen et al. [22]

Norway (10) 101 Occupationally

exposed

Thomsen et al. [23]

Human

milk

Japan 4.0 Kakimoto et al. [24]

UK (34) 5.95 Abdallah and

Harrad [21]

Sweden (64) 0.3 Glynn et al. [19]

China (24) <LOD-2.8 Shi et al. [25]

Adipose

tissue

USA (20) 0.02 Johnson-Restrepo

et al. [26]

TBBPA Serum France (91) 16.1 Cariou et al. [27]

Sweden (4) 1.1–3.8 Occupationally

exposed

Hagmar et al. [28]

Norway (5) 1.3 Occupationally

exposed

Thomsen et al. [29]

Norway (5) 0.54 Thomsen et al. [29]

Norway (5) 0.34 Thomsen et al. [29]

Cord

serum

France (91) 54.8 Cariou et al. [27]

Human

milk

UK (34) 0.06 Abdallah and

Harrad [21]

China (24) <LOD-5.1 Shi et al. [25]

France (77) 0.48 Cariou et al. [27]

Norway (9) 0.07 Thomsen et al. [30]

Adipose

tissue

France (44) <LOD Cariou et al. [27]

USA (20) 0.05 Johnson-Restrepo

et al. [26]

BTBPE Serum Sweden (5) <1.3 Karlsson et al. [31]

China (128) <LOD Zhu et al. [32]

DBDPE Serum Sweden (5) <1.0 Karlsson et al. [31]

China (128) <LOD Zhu et al. [32]
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flame retardant is likely to reflect recent rather than past exposure [2, 39], which

might explain high TPPBA levels found in certain studies such as by [27] (Table 2).

Contrarily, Chinese and Japanese studies often reported higher TBBPA levels in

human tissues compared to HBCDs which can be explained as TBBPA was

manufactured and used in greater quantity in Asia [40].

TBBPA concentrations in human plasma in the low ng/g lipids range have been

reported (Table 2). Concentrations and detection frequency of TBBPA in adipose

tissue are even lower due to the relatively low lipophilic properties of TBBPA

(Kow ¼ 5), and the metabolic fate of this BFR.

Few risk assessments and biomonitoring studies concerning NBFRs have been

conducted in humans. Therefore, data concerning human exposure to NBFRs are

scarce. Karlsson et al. [31] and Sj€odin et al. [39] studied decabromodiphenylethane

(DBDPE) and 1,2-bis(2,4,6-tribromophenoxy)ethane (BTBPE) alongside PBDEs

in serum samples collected from workers in Swedish electronic recycling plants.

BTBPE and DBDPE were not detected in the workers’ serum. Analytical methods

used by Karlsson et al. [31] and Sj€odin et al. [39] were primarily based on PBDE

analysis; so the apparent absence of BTBPE and DBDPE could be due to subopti-

mal analytical conditions for those compounds. Zhu et al. [32] screened a number of

BFRs in 128 human serum samples from China. Although PBDEs were present,

DBDPE and BTBPE were below detectable levels in all serum samples.

2.2 Health Effects

No information is available on the effects of single exposure to TBBPA in humans.

Based on animal studies, it can be concluded that TBBPA is of low acute toxicity by

all routes of exposure. It is not a skin or respiratory sensitizer. Chronic exposure

was assessed in a 90-day rat study which showed no toxicologically significant

effects following oral exposure up to 1,000 mg/kg TBBPA [41]. A decrease in

serum T4 levels was observed; however, in the absence of changes in other

parameters (TSH, T3, and changes in the liver, thyroid, parathyroid, or pituitary

gland) of thyroid homeostasis in a species that is very sensitive to perturbations in

thyroid hormone levels, these decreases are not considered to be adverse. There are

no studies in humans or animals on the carcinogenic potential of TBBPA. However,

there are no indications to raise concerns for carcinogenicity. Neurodevelopmental

toxicity of TBBPA was assessed but no convincing evidence of an adverse effect

on neurodevelopment at dose levels up to 1,000 mg/kg/day could be provided

(http://esis.jrc.ec.europa.eu/doc/existing-chemicals/risk_assessment). The WHO

conducted a similar risk assessment and concluded that TBBPA has little potential

for bioaccumulation, and the risk for the general population is considered to be

insignificant (http://www.icl-ip.com).

The commercial HBCD has shown low acute toxicity [6]. The minimum lethal

dose is greater than 20 g/kg for dermal and oral administration [18]. Repeated dose

toxicity was assessed by Van der Ven et al. [42] and revealed enhanced endocrine
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and immune parameters and recorded the liver as target organ with an increased

liver weight probably due to enzyme induction as from doses of 100 mg/kg/day.

Liver weight increase was slowly reversible upon cessation of exposure. Secondary

to the liver effects, disruption of the thyroid hormone system has been noted.

Reproductive and developmental toxicity was detected [43, 44].

No particular toxicological studies are reported for NBFRs in human. Based on

laboratory animal studies, various NBFRs have no to low acute and chronic

toxicities. BTBPE has shown low toxicity for laboratory animals; this might be

due to the limited accumulation and absorption and rapid excretion of BTBPE in

human, which has been indicated in rats when given orally [45, 46]. However, Hakk

et al. [46] identified the hydroxylated metabolites of BTBPE which suggest bio-

transformation by cytochrome P450 enzymes. In an in vitro study, BTBPE has

shown porphyrinogenic properties on chick embryo liver cultures but only after

pretreatment with betanaphtoflavone [47]. Li et al. [48] observed no evidence of

skin sensitization properties in 200 professional workers during a repeated applica-

tion of DBDPE in petroleum during 3 weeks. Lack of toxicity for DBDPE is

believed due to the poor bioavailability which is due to its high molecular weight

and poor water solubility [49]. However, McKinney et al. [50] using an in vitro

system based on liver microsomes from three Arctic marine-feeding mammals and

laboratory rat observed oxidative and reductive biotransformation of DBDPE.

A depletion of 44–74% of 90 pmol was observed for DBDPE in individuals from

all species. In another in vivo and in vitro toxicity study, Nakari and Huhtala [51]

revealed that DBDPE is bioavailable, is acutely toxic to water fleas (Daphina
magna), and have injurious effects on the reproduction physiology of zebrafish

(Danio rerio). Scientific literature on human health monitoring to tetrabromo-

bisphenol A bis(2,3-dibromopropyl ether) (TBBPA-DBPE), 2-ethylhexyl-2,3,4,5-

tetrabromobenzoate (TBB), bis(2-ethylhexyl)-3,4,5,6-tetrabromophthalate (TBPH),

and hexachlorocyclopentadienyl-dibromocyclooctane (HCDBCO) is scarce [52].

Despite the absence of lethality or overt sign of toxicity, Bearr et al. [53] observed

genotoxicity in feathhead minnows over the exposure of Firemaster® BZ54 and 550

mixtures, of which TBB and TBPH are important components. Knudsen et al. [54]

reported poor absorption of TBBPA-DBPE through gastrointestinal tract in rats, and

the absorbed compound in the liver was slowly metabolized and eliminated in the

feces. In mice the oral and dermal LD50 values for TBBPA-DBPE were reported to

be >20 g/kg (21 mmol/kg) [55, 56].

3 Human Exposure to Organophosphate Esters

Organophosphate triesters (OPFRs) are used as flame retardants and/or plasticizers

in a wide range of polymers, in furniture upholstery, insulation, wall coverings, and

floor finishing products. Triethyl phosphate (TEP), tri-n-butyl phosphate (TnBP),
tri-iso-butyl phosphate (TiBP), tris(2-ethylhexyl) phosphate (TEHP), and tris(2-

butoxyethyl) phosphate (TBEP) are commonly used as plasticizers in polymers,
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such as vinyl resins, cellulose esters and lacquers, and sometimes rubber [57–60].

Another typical use of TBEP is floor polish [60]. Trimethyl phosphate (TMP) and

tri-n-propyl phosphate (TPrP) are mostly used for industrial applications and are

rarely detected in the indoor environment or other matrices [61, 62].

Chloroalkyl phosphates such as tris(1,3-dichloro-2-propyl) phosphate (TDCiPP)
and tris(chloro-iso-propyl) phosphate (TCiPP) are more often used in textile

backcoatings, in rigid and flexible polyurethane foams, which are used for thermal

insulation and for furniture and upholstery, respectively [63]. In contrast, tris(2-

chloroethyl) phosphate (TCEP) is now more frequently used in PVC, unsaturated

polyester resins, and textile backcoatings [63].

Aryl phosphates such as tricresyl phosphate (TCP), triphenyl phosphate (TPP),

2-ethylhexyl-diphenyl phosphate (EHDPP), butyldiphenyl phosphate (BDPP), and

dibutylphenyl phosphate (DBPP), as well as TBP are used in flame retardant

hydraulic fluids [64]. TPP and TCP are further used as plasticizers, mainly in

vinyl polymers and electric cables [58, 65]. EHDPP, BDPP, and DBPP are also

applied in vinyl food packaging. The consumption of OPFRs has increased sharply

in the European Union after the restriction in use of PBDEs [296]. Also in the USA

and Japan, an increase in the use of OPFRs has been observed as PBDEs

have been phased out ([66], [297]). The rise in consumption has resulted in

increasing levels of these contaminants in the indoor environment with air and

dust being the more important sources of exposure for humans because in this

environment people generally spend most of their time. Other plausible routes of

exposure are the intake of OPFRs via drinking water and food, though according to

recent measurements these matrices seem of minor contribution to human body

burdens.

Looking at the extent of occurrence of OPFRs, concerns rise about possible

health effects related to constant exposure to these chemicals. Updated safety levels

have been suggested for TCP and TDCiPP [67].

3.1 Routes of Exposure

Settled dust: Preliminary results on indoor and car dust show that levels of OPFRs

in dust collected in public buildings and cars are higher than the levels in dust

collected from home environments [61, 68, 69]. There is also a shift in the OPFR

profile: levels of TPP and TDCiPP increase moderately in the office dust, but

a remarkable rise in TDCiPP levels is observed in car dust samples. Table 3 gives

an overview of the sum of analyzed OPFRs in the countries and the most dominant

OPEs in the analyzed samples. Some of the aryl OPFRs namely BDPP, DBPP,

EHDPP were so far not detected in dust samples. There seems to be a region-

specific consumption of OPFRs as higher levels of, e.g., TPP and TDCiPP
were observed in house dust from the USA and New Zealand ([15], [297]).
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Table 3 Levels of OPFRs in matrices relevant for human exposure

Country Number of

samples

Sum

OPFRs

(medians)

Dominant

OPFRs

Particularities

of the study

References

Dust (mg/g)
USA 50 9.82 TPP Homes, 3 OPFRs Stapleton et al.

[297]

Belgium 15 16.5 TBEP, TCiPP,
TPP

Shops, 9 OPFRs Van den Eede et al.

[298]

Belgium 33 13.1 TiBP, TBEP,
TCiPP

Homes, 9 OPFRs Van den Eede et al.

[298]

Germany 216 0.40 TCiPP Homes, only

TCiPP
Ingerowski et al.

[70]

Germany 356 0.60 TCEP Homes, only TCEP Ingerowski et al.

[70]

Germany 10 11 TBEP, TPP Offices, 9 OPFRs Brommer et al.

[69]

Germany 12 37 TDCiPP,
TBEP

Cars, 9 OPFRs Brommer et al.

[69]

Germany 1 3 TCiPP, TBEP Home, 9 OPFRs Brommer et al.

[69]

Japan 40 5.4 TBEP, TCiPP Homes, 11 OPFRs Kanazawa et al.

[71]

Japan 8 48.5 TBEP, TCiPP,
TCP

Hotel, 11 OPFRs Takigami et al.

[72]

New

Zealand

50 4.3 TBEP, TPP Homes, 8 OPFRs Ali et al. [15]

Romania 47 7.5 TBEP, TCiPP Homes 8 OPFRs Dirtu et al. [73]

Spain 8 21.5 TBEP, TCiPP Homes, 8 OPFRs Garcı́a et al. [74]

Spain 9 24 TBEP, TCiPP Homes, cars, car

wash area, 7

OPFRs

Garcı́a et al. [75]

Sweden 10 21 TBEP, TCEP Homes, 10 OPFRs Bergh et al. [68]

Sweden 10 1600 TBEP

(TDCiPP)
Day care center, 10

OPFRs

Bergh et al. [68]

Sweden 10 140 TBEP, TCiPP Workplace, 10

OPFRs

Bergh et al. [68]

Sweden 15 59 TBEP, TPP Homes and public

locations, 12

OPFRs

Marklund et al.

[61]

Air (ng/m)

Germany 50 10 Homes, only TCEP Ingerowski et al.

[70]

Japan 14 6.6 Offices, TnBP Saito et al. [66]

Japan 18 4.0 Houses, TnBP Saito et al. [66]

Japan 40 62.3 TCiPP, TEP,
TnBP

Homes Kanazawa et al.

[71]

Sweden 10 78 TCiPP, TnBP Homes, 10 OPFRs Staaf et al. (2005)

Sweden 10 40 TiBP, TnBP, Homes, 11 OPFRs Bergh et al. [68]

Sweden 10 140 TBEP, TCEP Day care, 11

OPFRs

Bergh et al. [68]

(continued)
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Indoor air: The most abundant OPFRs in indoor air samples from homes were

TEP, TiBP, TnBP, TCEP, and TCiPP, which are outlined in Table 3. Heavier

OPFRs such as TBEP, TPP, TCP, TDCiPP, and TEHP are usually present in low

concentrations or even below the detection limit. However, in some work

environments and cars high levels of TBEP and TDCiPP were observed [66, 68,

84]. The higher air concentrations were associated with a higher dust concentration

Table 3 (continued)

Country Number of

samples

Sum

OPFRs

(medians)

Dominant

OPFRs

Particularities

of the study

References

Sweden 10 160 TCiPP,
TDCiPP

Offices, 11 OPFRs Bergh et al. [68]

Sweden 169 14 Apartments,

TCiPP
Bergh et al. [76]

Sweden 169 11 Apartments, TiBP Bergh et al. [76]

Sweden 5 145 TCiPP, TCEP,
TiBP

Schools, daycare

center, office,

7 OPFRs

Carlsson et al. [77]

Sweden 12 121.2

(mean)

TBEP, TCEP,

TCiPP
Electronics

recycling plant,

dismantling

hall, 8 OPFRs

Sj€odin et al. [78]

Sweden 17 160 TCiPP, TnBP Public locations,

10 OPFRs

Marklund et al.

[79]

Switzerland 16 41 TCEP, TEP,

TCiPP
Cars, stores,

offices,

8 OPFRs

Hartmann et al.

[80]

Other matrices

Sweden 410 ng/g

lw

TCiPP, TPP,
TCEP

Marine perch Marklund et al.

[81]

Sweden 720 ng/g

lw

TCiPP, TPP,
EHDPP

Freshwater perch Marklund et al.

[81]

Sweden 110 ng/g

lw

TCiPP, TPP,
EHDPP

Marine herring Marklund et al.

[81]

Sweden 1900 ng/g

lw

TCiPP, TBEP,
EHDPP

Freshwater

perch (STP)

Marklund et al.

[81]

USA 15 ng/L TBP Finished drinking

water

Stackelberg et al.

[82]

USA 4 ng/L TCEP Finished drinking

water

Stackelberg et al.

[82]

USA 12 ng/L TDCiPP Finished drinking

water

Stackelberg et al.

[82]

Germany 1 6.25 ng/L TCiPP,
TDCiPP,
TCEP

Finished drinking

water, 8 OPFRs

Andresen and

Bester [83]
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though it is hard to establish a significant correlation due to the high particle-

adsorbed fraction of the OPFR concentrations in air [68, 79].

Drinking water: OPFRs have been detected at the ng/L level in drinking water,

resulting from an incomplete removal from wastewater [85] or from groundwater

polluted with surface water leachate [299]. Chlorinated OPFRs such as TCEP and

TCiPP in particular are more persistent to biodegradation and are not easily

removed by bank filtration due to their low soil adsorption coefficient (Regnery

2011). However, activated carbon filtration did remove TCEP and TCPP according

to Andresen and Bester [83]. This also appears in the maximum concentrations of

TBEP (350 ng/L) and TDCiPP (250 ng/L) reported in finished drinking water by

Stackelberg et al. [86] in contrast to the mean concentrations displayed in Table 3

[83, 86].

Food: So far only a handful of studies have investigated the presence of OPFRs

in food samples. In a market basket study performed by the US FDA [87], most of

the OPFRs (EHDPP, TCEP, TCiPP, TnBP, TPP, TCP) were found only at the ng/g

level. More than 91% of the results were below the quantification limit in most

types of samples. Higher detection frequencies were observed for TPP in margarine

and caramels (mean 45 ng/g).

Three studies investigated the presence of OPFRs in fish samples. Campone et al.

[88] developed and applied a method to 24 samples, but no OPFRs were detected

(detection limits of 0.2–9 ng/g). Marklund et al. [81] investigated fish from Swedish

rivers and the Baltic Sea (Table 3). Remarkable observations were the higher levels of

TBP, TBEP, BDPP, andDBPP near point sources such as sewage treatment plants and

airports. Brandsma et al. [89] analyzed different samples representative for the pelagic

and the benthic food web in the western Scheldt. For most OPFRs, concentrations in

sediment were much higher compared to lipid-normalized levels in invertebrates and

fish, indicating trophic dilution. TBEP and TCEP and TCiPP were found to be more

bioaccumulative as levels in flounder and herring exceeded those in sculpin and

poulting. These data, however, are not generalized enough to make a conclusion on

the contribution of dietary ingestion to general human exposure.

Dermal exposure to OPFRs: Dermal contact to OPFR-treated fabrics or dust

containing OPFRs could lead to additional exposure. Furthermore, Weschler and

Nazaroff [300] suggested that air concentrations of OPFRs may cause a significant

exposure through dermal absorption. Since most OPFRs possess a log Kow between

2 and 5, the hypothesis of dermal absorption seems acceptable and indeed some of

them, namely TBP, TCP, TDCiPP, were reported to be absorbed in animal and

in vitro studies ([57, 63, 65]). Yet, low toxicity has been evidenced following

dermal exposure to TEP, TPP, and TCiPP. TBEP was poorly absorbed from skin,

but caused skin irritation [60]. No data are currently available on EHDPP, DBPP, or

BDPP. Only a few studies have shown the extent of dermal exposure by taking hand

washing samples or hand wipes. Makinen et al. [301] found by average a total of

3.5 mg and 34 mg for people working in a circuit board factory and furniture

workshop, respectively. TPP and TCP were the dominating compounds in the

254 A. Covaci et al.



samples: Cooper and Stapleton [90] detected up to 200 ng TPP and up to 2,000 ng of

TDCiPP in hand wipes after leisure activities.

3.2 Levels and Profiles in Human Matrices

OPFRs appear to be readily metabolized and so the parent compounds are not

frequently detected in human samples. TBP and TDCiPP have been detected in

a few adipose tissue samples at the ng/g level [57, 58, 63]. TDCiPP has been

detected in semen as well [91]. Some studies could detect TPP in blood, but it

originated from the PVC packaging [92]. Marklund et al. [81] detected OPFRs in

pools of human milk samples collected from the 1990s to now. In Table 4, the most

important compounds are mentioned, namely TBEP, TBP, and TCiPP. Other

OPFRs were determined as 5 ng/g lw or lower.

In urine, OPFR metabolites have been detected, but the median concentrations of

the diaryl and dialkyl phosphates remained mostly below the quantification limit.

Ranges of concentrations of dialkyl and diaryl phosphates are shown in Table 4. In

the study of Schindler et al. [302, 303], the detection frequency was highest for

BCEP (50%), followed by DPP (30%), BCPP (12%), and DBP (3%). Di-m-cresyl
and di-p-cresyl phosphate were not found in any sample, probably due to lower

exposure in the indoor environment. Reemtsma et al. [304] found also monoaryl

and alkyl phosphates in human urine, of which the monobutyl phosphate was the

Table 4 Concentrations of OPFRs and OPFR metabolites in human samples

Compounds Country Number of samples Concentration range Matrix References

DBP Germany 25 ND–0.26 mg/L Urine Schindler et al.

[303]

DPP Germany 30 ND–4.1 mg/L Urine Schindler et al.

[303]

BCEP Germany 30 ND–27.5 mg/L Urine Schindler et al.

[303]

BCiPP Germany 25 ND–0.85 mg/L Urine Schindler et al.

[303]

BDCiPP USA 9 0.05–1.7 mg/L Urine Cooper et al. [93]

DPP USA 9 0.3–7.4 mg/L Urine Cooper et al. [93]

MBP Germany ND–158 mg/L Urine Reemtsma et al.

[304]

DBP Germany ND–0.52 mg/L Urine Reemtsma et al.

[304]

DPP Germany ND–28.6 mg/L Urine Reemtsma et al.

[304]

TCiPP Sweden 6 Pooled samples 22–82 ng/g lw Milk Marklund et al. [81]

TBP Sweden 6 Pooled samples 11–57 ng/g lw Milk Marklund et al. [81]

TPP Sweden 6 Pooled samples 3.2–11 ng/g lw Milk Marklund et al. [81]

TDCiPP USA 5–50 ppb Semen Hudec [91]
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dominant congener (Table 4). Cooper et al. [93] found higher concentrations of

DPP and was able to detect BDCiPP in urine, probably because of a higher indoor

exposure in the USA for TDCiPP and TPP as mentioned for dust samples.

3.3 Health Effects

Suspected and observed effects in animals: Acute toxicity of OPFRs is associated

with typical cholinergic symptoms, such as salivation, diarrhea, piloerection, tremor,

ataxia, and respiratory depression. The LD50 values were in the range of 1–5 g/kg

bodyweight, and as a result the OPFRs were classified as “safe.” Concerning

subchronic exposure to OPFRs, adverse effects included an absolute or relative

increase in liver and kidney masses, and a smaller increase in body mass for young

animals compared to controls. No teratogenicity was observed for OPFRs in rodents.

However, exposure before and during mating resulted in a decrease in the number of

litters and live pups per litter, which is an indication for reproductive toxicity. The

safety of OPFRs following chronic exposure can also be questioned: TDCiPP caused

a development of carcinomas in the liver, kidney, testes, and other organs [63].

Neurotoxic and carcinogenic properties were also observed for TCEP [63].

Possible adverse health effects in humans: So far only a limited number of

studies found associations between adverse health effects and exposure of humans

to OPFRs, but few have been completely proven.

There were some cases of ToCP poisoning in the late nineteenth and early

twentieth century. This compound causes delayed neuropathy, but is now only

used as a minor component in TCP isomer mixtures [65].

Camarasa and Serra-Baldrich [94] reported allergic contact dermatitis after

repeated contact with TPP-treated plastics. Meeker and Stapleton [95] indicated

endocrine disruptive properties for TPP and TDCiPP, through a negative correla-

tion with semen quality and thyroid hormone levels, respectively. Kanazawa et al.

[71] associated mucosal symptoms of the sick building syndrome with high indoor

exposure to TBP. These symptoms include irritation to the eyes, nose, and throat

symptoms such as flushing, and mucosal symptoms such as irritation to the eyes,

nose, and throat; the latter symptoms were strongly associated with TBP levels in

air and dust.

4 Human Exposure to Phthalates and Substitutes

The extensive use of phthalates as plasticizers in various materials (furniture,

plastics, electronics equipment, textiles, etc.) has led to the widespread and sub-

stantial contamination of the indoor environment, e.g., air and dust [3, 96, 97].

Indoor environment and dietary intake are of special concern for the increasing

256 A. Covaci et al.



human exposure to such chemicals for which various adverse health effects have

been already reported [97]. For example, several phthalic acid esters were classified

as potential carcinogens as well as endocrine disruptors [98–100].

As plasticizers, phthalates are imparting optimum overall performance

properties in PVC at low costs [101], but since they are not chemically bound to

the end products, they gradually migrate into the environment. Since 1949, the most

intense used phthalate was di-(2-ethylhexyl) phthalate (DEHP), but due to rela-

tively recent reports on environmental impact, their use starts to be restricted: in

July 2005, DEHP, dibutyl phthalate (DBP), and benzylbutyl phthalate (BBP) were

banned from all children’s articles within the European Union [102]. The DEHP are

based mainly on long-chain phthalates, like di-iso-nonyl phthalate (DINP) and

di-iso-decyl phthalate (DIDP) [103]. As a consequence, by 2008, the percentage

of DINP and DIDP in plasticizers used in Western Europe reached up to 67% of the

overall plasticizer consumption, while the percentage of DEHP decreased from

42% in 1999 to 17.5% in 2008 [104]. Due to the increase and for precautionary

reasons, the use of these substitutes in toys which might be taken into the children’s

mouth was also banned in the EU [102]. Currently, there are two different types of

DINP commercialized on the market, even if their chemical composition is not

sufficiently described in the scientific literature [105]. DINP 1 (CAS 68515-48-0) is

a mixture of esters of o-phthalic acid with C8–C10 alkyl alcohols of different chain
lengths and branching distributions; DINP 2 (CAS 28553-12-0) consists solely of

isomeric C9 alcohols in the ester chain, while a third DINP type has in the

meantime banned from the market [106, 107].

Since DINP may not provide the required flexibility properties as well as low

temperature viscosity [108], it is not possible to replace DEHP by DINP in all

applications (e.g., in medical devices). During the last few years, many plasticizer

producers promoted several alternatives to substitute DEHP as a general purpose

plasticizer for the use in PVC applications. One of such nonphthalates which share

similar technical properties as DEHP is di-iso-nonyl 1,2-cyclohexanedicarboxylic
acid (DINCH) [109]. It seems that DINCH has no effects on fertility up to the

highest administrated dose of 1,000 mg/kg bw/day [1, 110], and moreover, its

specific migration rate is considerably lower when compared to DEHP [111,

112]. Consequently, this substitute was initially provided for use in applications

that are particularly sensitive, such as medical products and toys [112–114].

However, since 2007, the use of DINCH was extended for food contact

applications, like cling film, sealants, cap closures, artificial wine corks, and gloves

[1], as well as a wide range of applications, like printing inks, can coatings,

childcare articles, high solid paints, marine finishes, coil coatings, protective

coatings, textile printings, and sport products [112, 115].

Other DEHP substitutes currently in use, important in terms of produced

volumes, are also terephthalates, e.g., di(2-ethylhexyl) terephthalate (DEHT).

DEHT is produced in volumes up to 50,000 tones [116], and the main applications

are coatings, vinyl floorings, electric connectors, vinyl water stops, coating for

clothes, bottle caps, toys, and medical devices [117].
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4.1 Levels and Profiles in Humans and Matrices Relevant
for Human Exposure

To evaluate human exposure to phthalates and their substitutes, the main

approaches investigate either the levels of chemicals in matrices relevant for

human exposure (indoor air, dust, food and packages, etc.) or the levels of parent

and metabolite compounds in human samples (serum, urine, or breast milk). An

overview of phthalate and nonphthalate plasticizers together with their metabolites

commonly reported in literature is presented in Table 5. The half-lives for the most

of these compounds are already established and therefore, by evaluating the levels

of their metabolites in human urine, the levels of their parent compounds may be

Table 5 Overview of phthalate and nonphthalate plasticizers together with their main metabolites

commonly reported in literature

Plasticizer Abbreviation Metabolite Abbreviation

Dimethyl phthalate DMP Mono-methyl phthalate MMP

Diethyl phthalate DEP Mono-ethyl phthalate MEP

Di-n-propyl phthalate DPP

Di-n-butyl phthalate DnBP Mono-n-butyl phthalate MnBP

Di-isobutyl phthalate DiBP Mono-isobutyl phthalate MiBP

Di-n-pentyl phthalate
(Di-n-amyl phthalate)

DPP (DAMP) Mono-(4-hydroxypentyl)

phthalate

MHPP

Butylbenzyl phthalate BBzP Mono-benzyl phthalate MBzP

Di-2-ethylhexyl phthalate DEHP Mono-(2-ethylhexyl) phthalate MEHP

Mono-(2-ethyl-5-oxohexyl)

phthalate

5oxo-MEHP

(MEOHP)

Mono-(2-ethyl-5-hydroxyhexyl)

phthalate

5OH-MEHP

(MEHHP)

Mono-(2-carboxymethylhexyl)

phthalate

2cx-MMHP

(MCMHP)

Mono-(2-ethyl-5-carboxypentyl)

phthalate

5cx-MEPP

(MECPP)

Dicyclohexyl phthalate DcHP

Diphenyl phthalate DPhP

Di-isononyl phthalate DiNP MiNP metabolites with a keto

functional group

oxo-MiNP

(MOINP)

MiNP metabolites with a hydroxy

functional group

OH-MiNP

(MHINP)

MiNP metabolites with a carboxy

functional group

cx- MiNP

Di-isodecyl phthalate DiDP

Di-(2-propylheptyl)

phthalate

DPHP

Di-n-octyl phthalate DNOP

Di(2-ethylhexyl)adipate DEHA

Di(2-ethylhexyl)

terephthalate

DEHT Terephthalic acid TPA
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easily back calculated later. Additionally, since the excretion time is relatively short

(<6 h), it is more relevant to evaluate the extent of human exposure to phthalates by

measuring the levels of their metabolites in urine samples, while the levels of parent

compounds are to be investigated in matrices like serum or even breast milk [118].

Therefore, following the models shown to be relevant for human exposure to

other organic contaminants, namely flame retardants, indoor exposure to phthalates

and their substitutes played also an important role for various research groups

worldwide, several publications reporting that they are present in the highest

concentrations indoors, especially in house dust samples (Table 6). As expected

from production volumes, dust levels are consistent among literature, and the most

important plasticizer measured in this matrix being DEHP with concentrations up to

few hundred mg/kg of dust. Since DEHP, together with DBP and BBP, serve nearly

exclusively as plasticizer, the high concentrations measured in house dust seem to

be explained by the building characteristics. Therefore, PVC floorings, plastic-

coated wall papers, plastic ceilings and wall coverings, plastic furniture, and plastic

(covered) doors and windows were supposed to be possible sources for phthalates

[122]. However, interesting results have been also shown for nonphthalate

plasticizers, DINCH and DEHT, when following their P95 levels in dust samples

over time (2001–2009) reported for Germany: while they were not detected in

samples collected in 2001/2002, their P95 levels seems to be increased by few times

from 2003/2006 until 2009, suggesting a rise in the use of phthalate substitutes

indoors. This result accounts in particular for DINCH and being in agreement with

the fact that this plasticizer was launched on the market in 2002 [112].

After ingestion, the oxidative pathway of phthalate metabolism seems to be

more effective in children than in adults [125]. Neonates show a further deviation in

oxidative DEHP metabolism with 5cx-MEPP being by far the predominating

metabolite [126]. Age-dependent metabolism of phthalates may also have rele-

vance to health: the oxidation products are longer in the human body than the

simple monoesters; they might be more toxic [127] and young children are a more

vulnerable population group. Therefore, the EC has prohibited the sale of toys and

childcare articles intended to be placed in the mouth by children <3 years of age

made of soft PVC containing >0.1% by weight of six phthalates (Decision 1999/

815/EC). Studies performed on materials and plasticizers used in soft children’s

products (samples collected from The Netherlands) shown that DINP and DEHP

were the predominant plasticizers and were usually found in concentrations

between 30% and 45% by weight [128]; occasionally some products being found

to contain more than 45% by weight of DINP, which is not in compliance with

Decision 1999/815/EC.

Considering the migration possibilities of such chemicals from their original

products, complex studies were performed for “classical” plasticizers such as

DEHP or DBP to evaluate the relevance of each pathway to human exposure

assessments. Therefore, the total exposure of adults of such plasticizers was

evaluated by quantifying the target substances in duplicate diet portions (collected

daily over 7 consecutive days), and also by measuring indoor air and dust

concentrations [129]. The results indicate that dietary exposure is the dominant
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intake pathway. The estimated 95 percentile of total daily intake from diet, dust

ingestion, and inhalation contributed to 11.1% (DEHP), 17.3% (DnBP), and 23.9%
(DiBP) of the tolerable daily intake (TDI). It was therefore suggested that the recent
exposure of an adult population to DEHP is unlikely to pose a significant health

risk. However, the higher share of DiBP and DnBp in the TDI indicates that other

important sources are present which should be reduced under precautionary

principles [129].

The monitoring of metabolites in urine is more convenient since it avoids

external contamination with parent compounds, making possible to obtain easier

reliable results from biological samples [105]. Table 7 shows a summary of the

literature available data on the concentrations reported for the most important

phthalate and nonphthalate plasticizers as well as for some of their most important

metabolites from human samples, especially urine and breast milk. Since it was

evidenced that the metabolism of such plasticizers is an age-dependent process

[125], it became also important to evidence their presence in diet of newborns

besides other sources for infant’s intake, like dust (Table 6). Therefore, breast milk

analysis for such chemicals shows that they are present in this matrix, sometimes at

elevated levels (Table 7). Moreover, when addressing the relationship between

metabolite concentration and age of the sampled individuals, a recent study showed

that two important metabolites, namely mono-carboxy-iso-octyl phthalate

(MCOP), a metabolite of DINP, and mono-carboxy-iso-nonyl phthalate (MCNP),

a metabolite of DIDP, proven to be found at significantly higher level in urine

samples collected from children of 6–11-year-old age group compared to any other

age group included in an American survey at national level including more than

2,500 individuals with age over 60 [140]. Interesting also is that the literature

reported results seem to show a different profile as a function of the continent

sampled, as follows: relatively higher values for DEHP were reported for the North

American continent, while higher values for DnBP seem to characterize the

samples collected from Asia (Table 7).

Some studies showed already that the levels of phthalate substitute’s metabolites

measured in human’s urine are usually lower when compared to DEHP metabolites

(Table 7) [105, 135]. However, such comparison should be carefully addressed

since it was shown through rats exposure to such plasticizers that a considerable

portion (about 50%) of the orally dosed DINP is excreted via the feces while it is

known that DEHP is mainly extracted in humans via urine [105, 141].

4.2 Health Effects

Phthalates in general, as well as their substitutes, became large volume workplace

chemicals and further ubiquitous environmental contaminants. Their impact on

organism’s health was relatively intense tested through several exposure

experiments ([142, 305]). However, it seems that in general they display low

toxicity [305], their effects being recorded only for high dose exposure levels
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(1,000 mg/kg bw/day) and influencing mainly the reproductive system of develop-

ing organisms. As a consequence, at European level regulatory decisions were

taken for the moment by stopping the use of “classical” plasticizers such as

DEHP, but also of some substitutes like DINP or DIDP on children’s articles

[102]. When addressing the toxicity of the other substitutes like DINCH or

DEHT, it was shown that they have no effects on fertility as reported for phthalate

plasticizers up to the same high exposure doses [1, 110]. As far as currently known,

DEHT has no carcinogenic, genotoxic, or developmental effects (NOAEL

800–1,000 mg/kg/day for reproductive toxicity, NOEL 666 mg/kg/day for carcino-

genicity) [103, 143].

Most of the effects recorded through exposure experiments for the above-

mentioned plasticizers occurred at doses well above the estimated intake of the

general population. However, some recent experimental results shown that biological

changes may also be induced at low, human relevant doses being suggested that

different active phthalates can have cumulative effects [144–146]. However,

uncertainties in the epidemiological database, difficulties in animal to human

extrapolations, and the lack of knowledge on the significance of low-dose effects

for human health preclude a better understanding of the real risks for humans.

5 Human Exposure to Personal Care Products

5.1 Triclosan

Triclosan (TCS) is a broad spectrum antimicrobial used in personal care products

(PCPs), such as toothpaste, soap, shampoo, deodorant, mouthwash, cosmetics, typi-

cally in a concentration range of 0.1–0.3%. TCS can also be found in kitchen utensils,

toys, and textiles [147]. Due to the widespread use of TCS in these applications,

human exposure can occur through oral or dermal contact with these PCPs or through

the consumption of contaminated food or drinking water [148]. Absorption of TCS

after oral administration of TCS-containing products is fairly rapid and complete

[148, 149]. TCS can also reach the systemic circulation after dermal application with

absorption up to 9% of the administered amount [149]. Once absorbed, TCS is readily

metabolized to its glucuronide and sulfate conjugates and primarily eliminated

through urinary excretion. TCS has a low potential for bioaccumulation with a

calculated half-life of approximately 11 h [150].

5.1.1 Levels in Human Matrices

TCS has been identified in numerous studies in urine, serum, plasma, and human

breast milk (Table 8). All levels are expressed as total TCS (unconjugated and

conjugated).
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Urine: Urine is the most appropriate matrix for exposure assessment since

urinary excretion is the major route of elimination with the major fraction excreted

within 24 h [148, 150]. Urinary concentrations cover a wide range with a difference

of approximately three orders of magnitude. The largest study was performed as

part of the US National Health and Nutrition Examination Survey (NHANES)

>2,500 urine samples of a population �6 years. Concentrations differed by age,

with the highest concentrations found during the third decade of life. Furthermore,

levels of TCS were also influenced by socioeconomic status with higher levels

detected in people with higher household incomes. Race/ethnicity or sex had no

influence on TCS levels [153]. Wolff et al. [152] determined TCS in the urine of 90

girls aged between 6 and 8 years. Mean and median values were comparable with

the general population measured by Calafat et al. [153].

Similar biomonitoring studies in Belgium and China conducted with adolescents

(14–16 years) and children and students (3–24 years), respectively, showed a high

detection frequency of more than 90% [154, 156]. However, mean and median

values were lower compared to the US data. In the Chinese study, females had a

statistically higher least square geometric mean concentration than males. They

also observed a decreasing tendency with age in the 7–24 age group [156].

Serum and plasma: TCS could be measured in all plasma samples from 69

nursing mothers in Sweden, consisting of two groups, one with a known use of

TCS-containing PCPs and the other a control group without known usage of

products containing TCS. The first group had significant higher median levels

of TCS compared to the control group. Yet, the presence of TCS in all samples of

the control group is an indication for the exposure to TCS through other sources or

can be due to the incomplete labeling of PCPs [157].

Another study of Allmyr et al. [170] investigated the influence of age, gender,

and region of residence on the concentration of TCS in pooled Australian serum

samples. No influence of residence place was observed, while a small but signifi-

cant influence was observed for age and gender. Higher levels were observed for

males, while the 31–45-year age group had higher levels of TCS compared to the

other age groups. The same increase in TCS exposure during the third decade of life

was observed in the urine samples of the NHANES study in the USA [153]. The

concentration of TCS in the Australian samples was approximately a factor two

higher than the previously mentioned Swedish plasma samples [170].

Human milk:With a log Kow of 4.76, TCS susceptible for transfer to breast milk.

In the earlier-mentioned study with nursing mothers from Sweden performed by

Allmyr et al. [157] the same trend was observed as for plasma. Mothers who used

TCS-containing PCPs had significantly higher levels of TCS compared to milk

samples from mothers who did not use TCS-containing PCPs. However,

participants had significantly lower TCS levels in milk compared to their plasma

levels [157]. A risk assessment of TCS in human breast milk was made by Dayan

[161]. A conservative exposure of 7.4 mg/kg/day was calculated from the levels of

TCS measured in 62 human milk samples (range <5–2,100 ng/g lw). Based on a

calculated margin of safety (MOS) of approximately 6,760 between the exposure

and NOAEL for pups, the authors conclude that the levels of TCS measured in

breast milk do not pose a risk to breastfeeding infants [161].
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5.1.2 Health Effects

The tolerability and safety of TCS have been evaluated in human volunteers with

little indication of toxicity or sensitization. Clinical data demonstrated that TCS

was not a dermal or oral mucosal irritant and was shown to have very low

sensitization/allergenic potential at concentrations found in PCPs (�1%) [149].

Based on mammalian studies conducted in mice, rats, rabbits, and dogs, it was

demonstrated that TCS has a low acute toxicity with a LD50 > 1 g/kg following

oral administration [148, 150, 171]. Subacute and chronic toxicity data from

mammalian species, including mice, rats, hamsters, and baboons, were primarily

limited to changes in liver and kidneys. In the liver, changes were observed in liver

weight, liver enzymes, liver hypertrophy, and an increase in peroxisome size and

number. Renal toxicity was evidenced by inflammation and tubular regeneration

[149, 150]. Based on a number of in vitro and in vivo studies using classical assay

systems, TCS did not show genotoxic, mutagenic, or carcinogenic effects. Also no

reproductive or developmental toxicity was observed in several mammalian stud-

ies, even not in the highest administered dose of 3,000 mg/kg [149, 150].

Concern has been raised about the potential disruption of the thyroid homeosta-

sis. This concern is based on the structural similarity of TCS to thyroid hormones

and the detected decreases in serum T4 and total serum T3 in rats [172–174].

However, these decreases in thyroid hormones are not observed in a study

conducted in humans under real exposure conditions. During 2 weeks, 12 adults

were instructed to brush their teeth with a 0.3% TCS-containing toothpaste twice a

day. While a significant increase in plasma TCS levels was observed, no significant

changes in thyroid hormones could be detected [175]. Other endocrine-disrupting

effects have been allocated to TCS in a large number of in vitro and in vivo studies

in animals, although it remains unclear whether TCS has (anti)estrogenic effects,

(anti)androgenic effects, or both [148, 150, 176]. MOS calculated by Rodricks et al.

[149] were based on product-based estimates and biomonitoring-based estimates.

The product-based estimates revealed MOS of approximately 1,000, 730, and 630

for men, women, and children, respectively, while the MOS of biomonitoring-

based estimates were 5,200, 6,700, and 11,750 for men, women, and children,

respectively. Based on these estimations, Dann and Hontela [150] could conclude

that hypothetical exposures to TCS in consumer products are not expected to cause

adverse health effects in children or adults who use these products as intended, even

in sensitive individuals.

5.2 Musks

Musks are pleasant smelling fragrances found in various personal and home care

products. Since the 1950s, the usage of natural musks has declined due to the

relatively easy and inexpensive production of their synthetic counterparts. There

are three major types of synthetic musks, nitro musks, polycyclic musks, and macro
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cyclic musks. Due to the bioaccumulative properties and health adverse reactions of

nitro musks [177], some compounds (musk tibetene, musk moskene, and musk

ambrette) were banned during the 1990s [178, 179], while musk ketone (MK) and

musk xylene (MX) could still be used in cosmetics but with restrictions [180, 181].

In 2011, the European Commission announced its decision to ban MX under the

new European Chemicals Legislation – Registration, Evaluation, Authorisation and

Restriction of Chemicals (REACH), bringing EU regulations in line with the global

International Fragrance Association (IFRA) Standards. This ban was paralleled by

an increasing use of polycyclic musks, a second group of synthetic musks which

comprises several high volume use products, such as tonalide® (AHTN) and

galaxolide® (HHCB). Although polycyclic musks have been tested in the past

and showed no toxicological and dermatological effects [181], their high levels of

use, chemical stability, and low biodegradability [182] led to their gradual replace-

ment by a third group of fragrances, the macro cyclic musks [183]. Synthetic musks

are readily released into the environment through household water and wastewater,

and they are found in various human tissues (Table 8). The most likely exposure

pathway is dermal exposure and absorption through the skin [184]. However, recent

studies based on the excretion in urine and feces indicate that this absorption might

be less than 4% of dermally applied musks [306]. Recently, the focus has shifted

toward indoor air inhalation and indoor dust ingestion as synthetic musks in indoor

air have been reported to be approximately tenfold higher than the concentrations

detected in outdoor air [185] due to the use of musks in diverse household products,

and their high particle-binding affinities [186]. Although the overall impact of

synthetic musks on the environment and on humans is currently unknown, musks

are an active area of international research.

5.2.1 Levels in Human Matrices

Synthetic musks have been detected in human tissues (Table 8) due to their

lipophilic nature and their low biodegradability. The occurrence of these

fragrance-related chemicals is subjected to a variable pattern with substantial

interindividual differences, opposed to other environmental contaminants such as

polychlorinated biphenyls (PCBs) or pesticides [165].

Human milk: In general, the existing literature reports that levels of polycyclic

musks in European human milk are about one order of magnitude higher than

those of nitro musks ([307, 165]). An identical trend is observed for US milk

samples [308]. Overall, 1,3,4,6,7,8-hexahydro-4,6,6,7,8,8-hexamethylcyclopenta-

c-2-benzopyran (HHCB) shows the highest median concentration in human

milk, followed by 7-acetyl-1,1,3,4,4,6-hexamethyl-1,2,3,4-tetrahydronaphthalene

(AHTN) and MX. Concentrations of MK were lowest and often below the quantifi-

cation limit (Table 8). This profile corresponds with the greater production and

usage of HHCB, compared to other synthetic musks [187]. Lignell et al. (2008)

suggested a significant decline in AHTN and MX concentrations in breast

milk between 1996 and 2003, but no temporal trend was detected for HHCB.
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A downward trend regarding MX is likely, since the industry has voluntarily

replaced the nitro musks with polycyclic musks [180]. This decrease has also

been seen in human serum studies (Table 8). Kang et al. [166] observed lower

concentrations in breast milk than in serum, and a weak correlation between the

levels in umbilical serum, maternal serum, and breast milk. However, women with

a high use of perfume during pregnancy had elevated milk concentrations of

HHCB, and elevated concentrations of AHTN were observed among women

reporting use of perfumed laundry detergent, which strongly suggests that perfumed

products are important sources of musk exposure both among the mothers and the

nursed infants [307].

Serum and plasma: Serum and plasma samples partially mimic the trend

observed in human milk samples. Overall, polycyclic musks can be detected

more frequently and at higher concentrations compared to the nitro musk

compounds (Table 8). HHCB is by far the most common of the polycyclic musks

as production and use of this compound increased at the same time as production

and use of nitro musks decreased [168]. However, MX still seems to be a common

contaminant in human serum, with a considerably high detection frequency com-

pared to AHTN. A high percentage of the population is still exposed to nitro musk

compounds [168], although a moderate decline in MX and a strong decline in MK

are observed.

The change of MX in the European countries in blood samples had been studied

intensively during the 1990s. A decreasing trend of MX was detected in serum from

1994 [188] to 1997 [189]. Kafferlein and Angerer [309] reported a remarkable

decrease in MX concentration by comparing levels between 1992/1993 and 1998.

The change was consistent with the decreased use of MX in European countries.

Similarly, these low concentrations of MX and MK have been reported in Asian

studies, finding which is in accordance with the regulations presented in the 10th

Five-Year Plan of China Light industry in 2001 restricting the use of nitro musk in

fragrances [167]. Considering the trend of increasing fragrances’ use (perfumes,

deodorants, lotions, creams, hair products, and soaps), it can be assumed that the

exposure to products containing nitro musks will persist.

Significant associations between HHCB and MX concentrations in serum and

the frequent use of perfumes, deodorants, and shampoos have been detected. Hutter

et al. [168] reported higher plasma concentrations in older persons. This finding

could be due to the higher use of lotions and crèmes on face and hands and a more

frequent use of skin care products. In addition, physiological aging-related changes

might be responsible for higher dermal absorption of synthetic musks.

5.2.2 Health Effects

The health effects are discussed for the most relevant synthetic musks present in

human tissues (MK, MX, HHCB, and AHTN). It should be stressed that all

synthetic musks undergo metabolism and health effects are thus influenced

[190–193].
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MX and MK are not acutely toxic, but they do cause an increased absolute and

relative liver weight [194]. Mouse and rat studies have confirmed that MX and MK

are nongenotoxic substance but due to their enzyme-inducing properties, they can

exhibit cogenotoxic activity. Especially the significant induction of liver enzymes

(cytochromes P450 1A1, 1A2 and 2B and cytochrome b5) might be responsible for

the carcinogenic properties of the substance seen in mouse liver [195]. MK and MX

are quite similar with respect to enzyme induction properties, but MX is the more

potent one. Given its resemblance to phenobarbital, MX is classified as a carcino-

gen category 3 (R40), although it is a borderline case. There are no carcinogenicity

data for MK, but as MK is quite comparable to MX with respect to physicochemical

and toxicokinetic properties, and in particular both MK and MX are phenobarbital-

like inducers of liver enzymes in both rats and mice [196], there is a concern that

MK may be hepatocarcinogenic in mice as well [190, 191]. In mice, MK also

caused histological changes in the liver. In a dermal toxicity study with rats, effects

included a decreased body weight gain without a decrease in food consumption,

decreases in red blood cell parameters, and an increase in absolute and relative liver

weight without a histopathological correlation [191].

Very few toxic reports have been made concerning HHCB and AHTN. They are

not acutely toxic but AHTN is listed as a photosensitizer. This effect was only in

animal studies but the negative human data do not overrule the positive animal data.

Photosensitivity of AHTN might be due to AHTN itself, or to sensitizing effects

from photodegradation products arising from the interaction of AHTN and UV light

[193]. Some dermal subchronic studies revealed slight liver weight increases and

body weight decreases due to HHCB exposure, but the magnitude of these effects

was not reported and they were not confirmed by other studies. There are no

carcinogenicity data available for both compounds. HHCB and AHTN are not

genotoxic [197]. They do have a very weak estrogenic potency in vitro but such

effects were not seen in vivo [198]. In an oral developmental study, there were signs

of maternal toxicity for HHCB with an increased incidence of skeletal

malformations and decreased ossification in fetuses at the highest dose of

500 mg/kg bw/day [192]. AHTN exposure has led to clear mild hematological

effects with a dark discoloration of the liver and mesenteric lymph nodes, but all

effects were reversible.

6 Human Exposure to Bisphenol-A

Bisphenol-A (BPA) or 2,2-bis(4-hydroxyphenyl)propane is one of the highest

volume chemicals produced worldwide, with a production volume of approxi-

mately 3.8 million tons in 2006 [199]. BPA is mainly used as monomer in the

production of polycarbonate and epoxy resins. Polycarbonate is a transparent

polymer with a high impact resistance which can be used in different consumer

goods such as reusable drinking bottles and food containers. Epoxy resins on the

other hand are used as inner coating of food and drink cans. Release and exposure of
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BPA can occur due to an incomplete polymerization, followed by migration into the

food or environment [200]. Furthermore, BPA monomer is used as color developer

in thermal paper and is consequently also present in recycled paper and paperboard

which can be used as food packaging material [201]. Human exposure to BPA is

believed to occur mainly through contaminated food, although recently dermal

exposure and absorption have gained attention [202–204].

After oral administration, BPA is rapidly and efficiently absorbed from the

gastrointestinal tract and undergoes extensive first-pass metabolism in the gut

wall and liver. BPA is mainly transformed into BPA-glucuronide and to a lesser

extent into BPA-sulfate. These highly water-soluble metabolites are rapidly cleared

from blood by the kidneys and excreted with urine [205]. V€olkel et al. determined

that the terminal half-life of BPA is less than 6 h in humans [206].

6.1 Levels in Human Matrices

Due to the fast excretion of BPA in urine, this is the most appropriate matrix for

biomonitoring and subsequent exposure assessment to BPA. Therefore, only urine

will be discussed further. In Table 9, only studies with an adequate number of

samples are included.

Two recent large-scale studies were performed in the USA and Canada including

2,514 and 5,476 participants, respectively. Exposure to BPA was ubiquitous with a

detection frequency of more than 90% in both studies. Highest urinary

concentrations were detected in adolescents (12–19 years) followed by children

(6–11 years) and adults (>19 years), and unadjusted BPA concentrations were

higher among men than women. After adjusting BPA levels for creatinine concen-

tration, children had the highest BPA concentrations, followed by adolescents and

adults. Women had higher adjusted urine concentrations than men. The difference

between adults and children can be due to a difference in exposure sources or due to

a difference in metabolism and excretion. Despite the similarity between the

different age categories in both the Canadian and American study, it is interesting

to note that for each age group, concentrations found among Canadians were about

half of those found in Americans [207, 209]. Concentrations of 193 Belgian

adolescents were between those for Canadian and American adolescents [154].

Several studies were conducted in Asian countries. He et al. [214] determined

BPA in 922 individuals. BPA levels were influenced by gender and smoking status

which resulted in higher unadjusted concentrations for the male population and

smokers. The geometric mean of 0.87 ng/mL and a detection frequency of 50% in

this study are much lower than most other studies. The authors suggest this may be

due to a different usage of BPA and BPA-contained productions between China and

developed countries which results in varied exposure routines. Therefore, they

believe that the Chinese population might have more chances to be exposed to

BPA by inhalation, but fewer chances by ingestion than people in the developed

countries [214]. However, other recent studies in different Asian countries resulted
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in detection frequencies ranging from 76% to 100% [156, 164, 213, 215]. Zhang

et al. analyzed the urine from 296 individuals in seven Asian countries. Overall, a

detection frequency of 94% was obtained with a geometric mean concentration of

1.20 ng/mL. Highest concentration of BPA was found in samples from Kuwait

followed by Korea, India, Vietnam, China, Malaysia, and Japan. As for other

studies, the highest median concentration was observed for the age group �19

years, while in this study, no gender difference was observed [164, 215].

Different studies have focused on the levels of BPA in infants and young

children. V€olkel et al. [216] found BPA in the urine of 42% (LOQ 0.45 ng/mL)

of 91 samples from 47 infants, aged between 1 and 5 months. The highest concen-

tration observed (17.9 ng/mL) was 18-fold below the TDI of 50 mg/kg body weight

per day. Infants who were fed using baby bottles showed approximately twofold

higher median levels of total BPA. Important to note is that the sampling of the

infants was performed before the ban of polycarbonate baby bottles in the European

Union was declared (EU Directive 2011/8/EU).

In a study of Casas et al. [155], 120 pregnant women and 30 of 4-year-old boys

were involved. The median urine concentration of the 4-year-old boys (4.2 ng/mL)

was approximately double of the median concentration of the pregnant women

(2.2 ng/mL). Other different studies conducted in the USA have focused on children

exposure [152, 217, 218]. In all three studies, detection frequency was more than

94% which demonstrates the ubiquitous exposure of the complete population.

In Italy, the InCHIANTI study tries to identify the risk factors for mid- and late-

life morbidity. As part of this study, BPA was determined in 24 h urine samples of

715 adults aged 20–74 years. A geometric mean of 3.59 ng/mL was detected while a

geometric mean excretion of 5.63 mg BPA/day was obtained. Lower excretion rates
were detected with advancing age, while higher excretion was seen among men

and in those with increasing waist circumference and weight. No associations

were obtained between daily BPA excretion and years of education or smoking

status [212].

Mahalingaiah et al. [221] investigated the temporal variability and predictors of

urinary BPA concentrations in 45 women and 37 men. In total 217 urine samples

were collected with a median concentration of 1.30 ng/mL. Age, body mass index,

and sex were not significant predictors of urinary BPA concentrations. BPA urinary

concentrations among pregnant women were higher (not significantly) than those

among the same women when not pregnant. In the study population, 24 women and

men were partners. The urinary BPA concentrations of the female and male partner

on the same day were correlated [221]. Several other studies determined BPA

concentrations in urine of pregnant women [155, 219, 220]. Levels were not

remarkably different from other populations. In the study of Wolff et al. [219],

urinary concentrations of pregnant women in their third trimester were associated

(not significant) with offspring birth weight.

Overall it can be concluded that BPA exposure is a global concern and that

almost the entire population is exposed. In some studies, a gender difference was

observed. When such a difference was seen, men usually had higher unadjusted

BPA concentrations than female while female had higher creatinine adjusted BPA
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concentrations than men. All age categories are affected, where children and

adolescent had higher levels than adults.

6.2 Health Effects

Even though the toxicity of BPA has been extensively investigated compared to

many other compounds, there is still no consensus regarding at what exposure

levels BPA poses a health risk [222]. Already for a long time both the in vitro

and in vivo estrogenic activity of BPA is known [223]. The current TDI of

0.05 mg/kg body weight per day, derived by the European Food Safety Authority

(EFSA), is mainly based on body weight changes and changes in livers and

kidneys weights in two- and three-generation studies in mice and rats [224]. BPA

is not genotoxic and not carcinogenic, and the guideline conforming repeated

dose toxicity studies, including studies on reproductive and developmental

toxicity covering a wide dose range, showed adverse effects only at doses

>50 mg/kg bw/day [205]. However, more than 150 studies described effects of

BPA at doses lower than 50 mg/kg bw/day. These effects included altered

development of the male and female reproductive tracts, organization of sexually

dimorphic circuits in the hypothalamus, onset of estrus cyclicity and earlier

puberty, altered body weight, altered organization of the mammary gland, and

cancers of the mammary gland and prostate [225, 226]. The relevance of the low

dose effects of BPA in animals for human hazard assessment remains unclear.

However, it has been suggested that the exposure to xenoestrogens such as BPA

during early development may be a major contributing factor to the increased

incidence of infertility, obesity, genital tract abnormalities, and prostate and

breast cancer observed in European and US human populations over the last

50 years [226].

The biochemical mechanism through which BPA acts as endocrine disruptor

remains not completely clear. In biochemical assays, BPA binds to both ERa and

ERb, with an approximately ten times higher affinity to ERb; however, the affinity
of BPA is still 10,000-fold weaker than that of estradiol [223]. Recent studies have

revealed a variety of pathways through which BPA stimulates cellular responses at

very low concentrations, below the levels where BPA is expected to bind to the

classical nuclear ERs [227]. Several membrane steroid receptors have been

described, including a membrane bound form of ERa and a transmembrane ER

called G protein-coupled receptor [223]. Moreover, BPA interacts with the andro-

gen receptor, thyroid hormone receptor, pregnane X-receptor, and estrogen-related

receptor-g (ERR g), which may play a role in differentiation and maturation of the

fetal brain [222, 224]. However, effects of BPA mediated by binding to androgen

and thyroid hormone receptors appear to require higher doses than those required to

elicit estrogenic or antiestrogenic responses [225].
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Despite the uncertainty at which concentration BPA shows toxic effects, it is

important to conclude that current human exposure, based on biomonitoring stud-

ies, is still far below the current TDI for the general population [224].

7 Human Exposure to Perchlorate and Cyclic Siloxanes

7.1 Perchlorate

Perchlorate is produced and used in the form of salts of ammonium, sodium, and

potassium as an oxidizer in solid rocket propellants, missiles, flares, and

fireworks [228]. Perchlorate salts are also used as components or additives in

nuclear reactors, vehicle airbag inflators, electronic tubes, lubricating oils, leather

tanning and finishing processes, electroplating and aluminum refining, and paint

and enamel production [228]. Large-scale production of perchlorate began in the

1940s. Natural sources of perchlorate have also been reported, such as in sodium

nitrate deposits in Chile [229]. In addition, it is thought that atmospheric processes

can produce perchlorate [230]. Perchlorate is readily soluble in water (solubility in

the range of tens to hundreds of gram per liter), mobile in aquatic systems, and does

persist for many decades under typical groundwater and surface water conditions

[228, 231].

Perchlorate is incorporated into foodstuffs such as cow milk and leafy

vegetables, through food chain transfer and accumulation [232–234]. Drinking of

water is a route of exposure of humans to perchlorate. Since 1997, when it was

found in groundwater and in some surface waters across the USA, perchlorate has

been listed as a contaminant in drinking water monitoring programs [235]. The

widespread occurrence of perchlorate in drinking water in the USA [236] led to

concerns regarding perchlorate-induced iodine deficiency, and thereby thyroid

hormone level alterations [237]. Thyroid hormone (viz., T3 and T4) deficiency

during pregnancy along with low iodine intake can adversely affect neurodeve-

lopmental outcome in the fetus [238, 239]. In 2005, the United States Environmen-

tal Protection Agency (EPA) established a reference dose for perchlorate of

0.7 mg/kg/day [240].

Exposure of humans to perchlorate via foodstuffs and drinking water has been

documented [241]. Urine, breast milk, amniotic fluid, saliva, and blood have been

used as matrices in biomonitoring of human exposures to perchlorate [233,

242–253] (Table 10). Assessment of human exposures to perchlorate is important,

since this compound blocks iodine uptake in the thyroid gland, which can lead to a

decrease in the production of thyroid hormones (T3 and T4) essential for

neurodevelopment [260].
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7.1.1 Levels in Human Matrices

Urine: Urine is the principal route by which nonlactating humans excrete perchlo-

rate [261, 262]. Urinary perchlorate provides a reasonable measure of human

exposure because 70–95% of perchlorate dose is excreted unchanged in the urine

with a half-life of ~8 h [261–263]. Creatinine (CR) adjustment is typically used to

minimize the effects of variation of analyte concentration in urine either among

samples produced by different individuals or among samples produced by the same

individual.

Blount et al. [242] determined perchlorate in urine samples collected from a

representative sample of 2,820 persons, aged 6 years and older, as part of the

2001–2002 National Health and Nutrition Examination Survey (NHANES). Per-

chlorate in all 2,820 urine samples tested from NHANES 2001–2002, with levels

ranging from 0.19 to 160 mg/L (mean 3.54 mg/L). Children had higher median

urinary perchlorate levels (5.2 mg/L; 5.79 mg/g creatinine) compared with adults

(3.5 mg/L; 3.25 mg/g creatinine). Significantly higher levels of urinary perchlorate

were found in populations in northern Chile consuming tap water with perchlorate

levels as high as 114 mg/L [255]. As expected, urinary perchlorate levels in these

highly exposed Chilean populations (median 35 mg/L) were significantly higher

than the levels found in this study. Estimation of perchlorate dose in adults revealed

a median of 0.066 mg/kg/day and a 95th percentile of 0.234 mg/kg/day. These
estimated perchlorate dose levels are lower than the current EPA reference dose

of 0.7 mg/kg/day.
Several small studies have also found measurable perchlorate levels in human

urine. For 61 adults living in Georgia, USA, all urine samples contained measurable

levels of perchlorate, with a median of 3.2 mg/L and a log-normal distribution [256].

Similar background levels of perchlorate (median 5.5 mg/L) were detected in urine

from 13 subjects in a Southern California study [257]. Similarly, detectable levels

of perchlorate were also found in all urine samples provided (n ¼ 273) in an urban

community in New Jersey [253]. The range, mean � SD, and median for all urine

perchlorate samples were 0.18–18.3 mg/L, 3.19 � 3.64 mg/L, and 2.14 mg/L,
respectively.

Breast milk: During lactation human mammary tissue expresses the sodium

iodide symporter [260], and thus significant transfer of perchlorate into human

milk is likely. The presence of micrograms per liter concentrations of perchlorate in

milk collected from US women [233] confirms lactation as a relevant perchlorate

excretion path. If lactating women are secreting perchlorate in milk, then urine-

based estimates of total perchlorate exposure for these individuals are likely to be

lower than actual [242].

Borjian et al. [253] determined perchlorate in breast milk samples provided from

276 lactating mothers. The range, mean � SD, and median for all breast milk

perchlorate samples were 0.30–99.5 ng/mL, 6.80 � 8.76 ng/mL, and 4.38 ng/mL,

respectively, and the levels are comparable to perchlorate levels detected in breast

milk in other studies. In a study by Pearce et al. [245] involving lactating Boston
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area women, perchlorate was detected in all breast milk samples (n ¼ 49) and

levels ranged from 1.3 to 411 ng/mL (mean 33 � 77). Kirk et al. [233] obtained 36

breast milk samples from women in 18 different states. Perchlorate was detected in

all 36 samples, ranging from 0.60 to 92.2 ng/mL (mean 10.5). These results

included three samples from New Jersey, with levels of 50.7 � 2.2, 92.2 � 5.8,

and 3.2 � 0.3 ng/mL. In a smaller study of ten lactating women, perchlorate

levels ranged from 0.5 to 39.5 ng/mL (mean 5.8 � 6.2) [244]. Similarly, detectable

levels of perchlorate were also found in 457 breast milk samples [258]. The

range, mean � SD, and median for all breast milk perchlorate samples were

0.01–48 ng/mL, 9.3 � 7.5 ng/mL, and 7.3 ng/mL, respectively.

The range of perchlorate concentrations in breast milk in this study and the

aforementioned studies varies greatly in range. It cannot be presumed that during

lactation the mother’s diet remains consistent. Intake changes can result from

cultural beliefs, recommendations from the subject’s doctor, and the mother’s

change in appetite and energy needs due to the changing needs of the breastfed

infant [242, 264]. Detectable levels of perchlorate were found in all urine and breast

milk samples collected, which indicates that the general population including

infants is exposed to perchlorate and that breast milk can be an exposure route.

Amniotic fluid: Evaluation of the health effects of in utero perchlorate exposure

requires effective assessment of fetal exposure. In utero exposure is commonly

estimated based on maternal diet or toxicant levels in fluids (e.g., umbilical cord

blood) collected at birth. Alternatively amniotic fluid (AF) is sampled during

amniocentesis procedures in the second and third trimesters, with the residual AF

from this procedure providing a matrix for characterizing fetal exposure. Amniotic

fluid is a complex and dynamic milieu that changes as pregnancy progresses.

During the first 20 weeks of gestation, AF composition is similar to fetal plasma.

After 20 weeks of gestation, fetal kidneys produce enough urine to contribute

significantly to the composition of AF [265].

Blount and Valentin-Blasini [259] detected perchlorate in all amniotic fluid

samples (n ¼ 48) tested, ranging from 0.057 to 0.71 mg/L with a geometric mean

of 0.18 mg/L. No comparison data for perchlorate in AF were available in the

scientific literature. The perchlorate levels previously reported for human urine and

milk are an order of magnitude higher than the levels found in this group of 48 AF

samples [233, 256]. Lower levels of perchlorate in human AF compared with

human milk could result from low NIS expression in the placenta compared to

the lactating breast [265].

Saliva: The use of saliva as a diagnostic fluid has been studied for many years

[266]. While the ease and noninvasiveness with which a sample can be obtained

make this matrix attractive to the medical community, the use of saliva to detect

exposures of persons to environmental contaminants has not been investigated in

many studies. However, it has been established that the measurement of cotinine, an

indicator of exposure to environmental tobacco smoke, in saliva is correlated with

concentrations of cotinine in serum [267].

Perchlorate was found in saliva samples of Indian adults at concentrations above

0.2 mg/L [251]. Perchlorate concentrations as high as 4.7 mg/L were found in saliva,
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with an average value of 1.3 � 1.3 mg/L (median: 0.91 mg/L). When saliva samples

were stratified by city, gender, or age, no notable differences in perchlorate

concentrations were found among the groups. A recent study reported perchlorate

concentrations in saliva samples collected from subjects in Albany, New York

[250]. The mean concentration of perchlorate in the saliva samples from Albany

was 5.3 mg/L, and the maximum value was 37 mg/L. The mean concentration of

perchlorate in saliva samples from the Indian donors was approximately fivefold

lower than the concentrations reported for Albany.

Blood: Very few studies have yet reported perchlorate levels in human blood.

Zhang et al. [252] determined perchlorate in 131 blood samples from Nanchang,

China. The mean concentration of perchlorate (4.07 ng/mL) in blood from infants

was twofold greater than the concentration in adults. Oldi and Kannan [249]

detected perchlorate in 82 human serum and plasma samples from adults in the

USA and found a mean perchlorate concentration of 0.20 ng/mL. Blount et al. [248]

reported a 50th percentile value of 0.22 ng/mL for perchlorate in 132 maternal

serum samples collected in the USA. Perchlorate levels in human serum from Israel

were reported to be 5.99, 1.19, and 0.44 ng/mL for high, medium, and low exposure

groups, respectively [246]. The mean perchlorate concentration in the blood

samples from Nanchang adults was similar to that reported for Israel, but was

tenfold greater than the concentration previously reported for adult human serum

from the USA. The sampling site (Jiangxi Province) has the second largest

fireworks manufacturing operations in China. The manufacture and exhibition of

fireworks in China are notable sources of perchlorate in the environment. A recent

study found high levels of perchlorate in drinking water from Nanchang [268].

There is relatively little information in the scientific literature assessing concur-

rent exposure to chemicals that can affect the thyroid gland, but the results of recent

reviews and scientific studies suggest that exposure to nitrate and thiocyanate from

drinking water or food accounts for a more significant proportion of iodine uptake

inhibition in comparison to perchlorate [234, 269]. As information accumulates to

assess human exposure to perchlorate and other chemicals with similar mechanisms

of toxicity, these types of data will be useful for scientists in assessing cumulative

risks associated with environmental chemicals that can have adverse effects on

human thyroid function.

7.1.2 Health Effects

Perchlorate pharmacology and effects on the thyroid gland: Perchlorate is one of

the several environmental chemicals capable of affecting the thyroid gland in

humans. When thyroid hormone function is abnormally high, this can result in

the clinical diagnosis of hyperthyroidism. When thyroid hormone function is

abnormally low, this can result in the clinical diagnosis of hypothyroidism. The

developing fetus, neonate, and pregnant women are considered to be sensitive

populations at higher risk of adverse outcomes from deficient thyroid gland func-

tion (hypothyroidism). Perchlorate continues to have important medical uses for
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treating hyperthyroidism caused by the antiarrhythmic drug amiodarone [260, 270].

Agranulocytosis is a rare and dose-dependent side effect that has been reported to

occur with other pharmaceutical drugs (in addition to perchlorate) used in treating

hyperthyroidism [271]. Perchlorate has a relatively short half-life in serum (6–8 h),

and is rapidly eliminated from the body by urinary excretion [263, 265].

Epidemiological studies of human exposure to perchlorate (drinking water):
There have been several epidemiological studies that have assessed whether there

are adverse effects on thyroid function in populations living in communities where

perchlorate has been detected in drinking water. These studies have included

assessments of neonates, children, and adults. The majority of these epidemiologi-

cal studies have not found evidence of an association between perchlorate in

drinking water and adverse effects on thyroid function. [238, 239, 272, 273]. To

strengthen the validity of exposure assumptions in these epidemiological studies, it

would be helpful to confirm exposure at the individual level by using biomarkers of

exposure (which reflect internal dose). These types of measurements were

conducted in the epidemiological study in Chile, and the results confirmed

that higher levels of perchlorate were found in urine samples obtained from

school-age children living in Taltal, where drinking water had the highest levels

of perchlorate [254].

Epidemiological studies of human exposure to perchlorate (occupational stud-
ies): Occupational exposure to perchlorate has been studied to assess the possibility
of adverse effects on thyroid function among workers with high levels of inhalation

exposure. One study assessed a cohort of workers with long-term exposure

to airborne ammonium perchlorate dust (at an average single-shift dose of

36 mg/kg), and no significant changes or adverse effects on thyroid hormone or

functions were observed [274]. A more recent publication studied workers with

long-term, intermittent occupational exposure to perchlorate at a manufacturing

facility [275]. Transient inhibitory effects on the uptake of iodide by the thyroid

gland were observed among these workers, but there was no evidence of adverse

effects on TSH or other thyroid function parameters in comparison to control

subjects without a history of occupational exposure. The doses described in these

occupational studies are generally much higher than doses that might be encoun-

tered from dietary or drinking water exposure, and several orders of magnitude

lower than doses that have been used in the pharmacological treatment of

hyperthyroidism.

Studies of low-dose perchlorate exposure in healthy human subjects: A small

number of studies have been published investigating the effects of low doses of

perchlorate in thyroid function in healthy adults (without thyroid disease). One

study was conducted in healthy male volunteers, involving the administration of

10 mg of perchlorate in drinking water for 14 days. A significant decrease in the

uptake of iodine by the thyroid was observed at this dose, but there was no evidence

of adverse effects on thyroid hormones or TSH concentrations [262]. Another

recent study was conducted in healthy adults to determine the highest dose of

perchlorate at which there is no effect on the uptake of iodine by the thyroid

gland [263].
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7.2 Cyclic Siloxanes

Cyclic siloxanes are a group of chemicals more and more present in our daily lives.

They are found in shower gels, shampoos, hair care products, deodorants or

antiperspirants, skin cleansers or foundations, and even in children’s products: baby

lotions, diaper creams, and even pacifiers [276]. Cyclic siloxanes have a backbone

structure of alternating –Si(CH3)2–O– units that are singly bonded and form a ring.

The simplest compound in this class is hexamethylcyclotrisiloxane (D3) and it is

composed of three of these units forming a ring. Similarly, the compound with four

–Si(CH3)2–O– units is called D4, the one with five is called D5, and so on (Fig. 1).

Cyclic siloxanes are ideal solvents for the active ingredients used in cosmetic and

PCPs. They are volatile, have high thermal stability and low surface tension, and are

transparent, hydrophobic, and odorless (Table 11) [277]. Products containing cyclic

siloxanes have a smooth and silky texture. D4, D5, and D6 have already been

classified by the Organization for Economic Cooperation and Development and by

the US Environmental Protection Agency as high production volume chemicals

[277]. Until almost two decades ago, they were believed to be inert.

7.2.1 Levels in Matrices Relevant for Human Exposure

The main source of human exposure to cyclic siloxanes is PCPs. Other less

significant sources are rubber products, sealants, cookware, silicone grease,

pharmaceuticals, medical devices, electronics, dust, and even indoor and outdoor

air [277, 281]. The highest concentrations of cyclic siloxanes reported by Lu et al.

[282] in PCPs from China were 72.9 mg/g D4 and 1,110 mg/g D5 in shampoos and
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Fig. 1 The structures of the most used cyclic siloxanes

Table 11 Chemical and physical properties of the most common cyclic siloxanes [277–280]

Name Molecular

weight (g/mol)

Boiling

point (�C)
Vapor pressure

(Pa) at 25�C
Water solubility

(mg/L) at 25�C
Log Kow Henry’s law

constant

(Pa m3/mol)

D3 222.5 135 1,147 1.56 3.85 6.4 � 103

D4 296.6 175 132 0.056 6.49 1.2 � 106

D5 370.8 211 23 0.017 8.03 3.3 � 106

D6 444.9 245 4 0.005 9.06 4.9 � 106
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hair conditioners. The highest concentrations of D6 and D7 found were in make-up

products and especially liquid foundations (367 and 78.6 mg/g, respectively).
In a survey on PCPs from the US market, Horii and Kannan [276] found the

highest concentrations of D5 and D6 in a liquid foundation cosmetic sample:

81,800 and 43,100 mg/g, respectively. Household sanitation products (furniture

polish) were found to contain up to 9,380 mg/g D4, while the highest concentrations
of D7 (846 mg/g) were found, surprisingly, in a baby pacifier.

In the study done by Wang et al. [277] on PCPs from Canada, the compound

with the highest detection frequency was D5, with a top concentration of

683,000 mg/g in an antiperspirant sample. In 12 of the 13 tested antiperspirants,

considerable concentrations of D5 were found. The other cyclic siloxanes were

detected in lower levels: 98,000 mg/g for D6 (in a baby diaper cream sample) and

11,000 mg/g for D4 (body lotion sample). The mean levels of D5 concentrations

were at least two orders of magnitude higher than mean concentrations for D3,

D4, or D6.

The cyclic siloxanes have also been found in water from wastewater treatment

plants in concentrations up to 710 mg/L in the influent and 13 mg/L in the effluent

[283]. In fish, cyclic siloxane levels are usually in the low ng/g range but can go up

to several hundreds of ng/g. Kierkegaard et al. [284] found a top D5 concentration

of 300 ng/g wet weight in flounder from the Humber estuary in England.

Lu et al. [281] also found cyclic siloxanes in dust. Of the 88 dust samples

analyzed, all of them contained at least one of these compounds. The concentration

of siloxanes in dust (cyclic and linear) ranged from 21.5 to 21,000 ng/g, and the

mean concentration for the cyclic siloxanes was 2,850 ng/g.

Generally, electronic components are coated in siloxane-containing materials to

insulate them and to increase stability against electrical shock and mechanical

damage. Due to the heat generated by these components, siloxanes can volatilize

and accumulate in dust. Indeed, significantly higher concentrations of D4 and a few

linear siloxanes were found in dust samples from rooms containing a high number

of electronic devices [281].

7.2.2 Potential Routes of Human Exposure

The principal exposure routes to cyclic siloxanes are dermal exposure, inhalation,

or ingestion. This latter pathway of exposure is less important than the first two,

because, as presented above, the concentrations of siloxanes in water, food, and

dust are typically much lower than those in PCPs.

Exposure through dermal contact: The PCPs, main source of contamination with

cyclic siloxanes, are all applied to or come in contact with the skin. Therefore,

dermal contact would be the main route of human exposure if these siloxanes would

not be so volatile. When a product like a lotion or an antiperspirant is applied to the

skin, most of the cyclic siloxanes evaporate shortly after application.

Jovanovic et al. [285] studied the dermal absorption of D4 and D5 by applying

both neat and antiperspirant formulations containing 14C-D4 and 14C-D5 to human
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skin (in vitro) and to the skin of a number or rats (in vivo study). By using liquid

scintillation counting, it was determined that most (more than 90%) of the D4 and

D5 applied to the human skin volatilized before being absorbed into the skin. The

actual quantity absorbed was only 0.5% and 0.04% for D4 and D5, respectively, of

the total applied amount. Of these absorbed quantities, more than 90% remained in

the skin. As for the in vivo study, less than 1% and 0.2% for D4 and D5,

respectively, was absorbed, and of these absorbed amounts only 60% and 30%,

respectively, reached the systemic compartments.

Exposure through inhalation: As most of the quantity of the cyclic siloxanes

evaporate shortly after application of the PCPs or volatilize from electronics,

adhesives and sealants, polishes and surface cleaners, etc., the main pathway of

exposure is through inhalation. Plotzke et al. [286] studied the inhalation exposure

to D4 by exposing rats to 14C-D4. Using liquid scintillation counting, it was

determined that the retention of inhaled D4 in the body of the rats was 5–6%.

The radioactivity reached maximum concentrations in the fat 24 h after exposure,

but in the plasma and other tissues (except for fat) in only 3 h. The fat tissue acted as

a depot because the elimination of the radioactivity from it was slower than from

other tissues.

7.2.3 Health Effects

The largest number of studies was conducted on the health effects of D4: the

compound causes changes in organ weights in rats [287, 288], has weak estrogenic

effects [288, 289] and adverse effects on reproductive health and function [290]:

even a single 6-h exposure in the day before mating leads to a significant reduction

in fertility.

D5 has slightly different properties than D4, and it does not have any estrogenic

activity [289]. It does, however, also have adverse effects on the reproductive

system, much like D4, but also on the adipose tissue, bile production, and even

immune system due to D5’s effect of reducing the prolactin levels [291]. In

addition, it was determined that D5 causes a significant increase in uterine tumors

in rats after a 160 ppm exposure. However, it is proposed that the tumors occur in

rats through a mechanism that would not affect humans [291]. D5 also acts as

a dopamine agonist and it can cause adverse effects on the nervous system in

humans [291]. For exposures to D6 in rats, an increase in liver and thyroid mass

and reproductive effects were observed [292].

Potential for bioaccumulation: Due to their high Log Kow values and high fat:

blood partition coefficient, the cyclic siloxanes are likely to be stored into the lipid

tissue. However, bioaccumulation is not dependent just on the lipophilicity of the

compound, but also in how fast it leaves the contaminated organism. Other

indicators of bioaccumulation are the bioconcentration factor (BCF) and

bioaccumulation factor (BAF). Values over 5,000 are usually characteristic for

the bioaccumulative compounds. D4 has a BCF of 12,400 L/kg [293], D5 of

7,060 L/kg [279], and D6 of 1,160 L/kg [280], values calculated for fish.
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Most compounds with such high BCF and Log Kow values are highly

bioaccumulative. The cyclic siloxanes, however, also have a high rate of clearance

from the body through exhaled breath and a fast metabolism, so they might not be as

bioaccumulative as the BCF and Log Kow values indicate [285, 294, 295].

Kierkegaard et al. [284] compared the bioaccumulation potential of D4, D5, and

D6 with the one of PCB 180, a compound known to be very bioaccumulative.

D5 was found to be more bioaccumulative than PCB 180 and D4 even more so.

D6, however, was found to have a lower bioaccumulation potential than PCB 180.

Although the cyclic siloxanes are more bioaccumulative in fish because they

cannot eliminate them through breath as fast as land mammals, other factors such as

metabolism, kinetic constraints, or reduced dietary absorption limit these

compounds’ potential for bioaccumulation [284].

8 Concluding Remarks and Future Perspectives

From the information presented in this chapter, it appears that a wealth of data

exists on the various exposure pathways for these chemicals to humans or on their

levels in human tissues. However, there is missing information regarding the

relative importance of various exposure pathways and the multiple factors which

influence the magnitude of these exposures. Moreover, more studies are needed to

evaluate the significance of measured body burdens for each chemical or group of

chemicals in relation with the existing toxicological data. With other words, what

does this exposure means in terms of toxicological relevance? By far, there is a lack

of standardized testing of endpoint toxicity for different groups of chemicals which

makes the comparison of toxic effects and health issues for various chemicals very

difficult, if not impossible. There is also a lack of concerted action regarding

epidemiological studies, the chemicals investigated, and the health endpoints

(including clinical parameters) which are tested.

The list of described emerging contaminants of concern for human exposure is

not exhaustive. A range of other contaminants have been described in the literature

as potentially dangerous for human exposure, but there is much less information

known than for those described above. Also for other (emerging) contaminants,

further studies should unravel the relative importance of various exposure

pathways, but also the possibility of reducing this exposure.
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Occurrence of Phthalates and Their Metabolites

in the Environment and Human Health

Implications

Mario Antonio Fernández, Belén Gómara, and Marı́a José González

Abstract Phthalates are chemicals that have been used for over 80 years in large

quantities due to their wide range of applications, mainly in the plastic industry. For

many years, these compounds were not considered dangerous for humans due to

their low toxicity shown in the preliminary studies and their low persistence.

However, research conducted in recent years has evidenced their activity as endo-

crine disruptors, and they are now considered as emerging contaminants and

included in the priority list of dangerous substances in the legislation of many

countries. This chapter provides an overview on the properties, major uses, emis-

sion sources, environmental and human levels, current legislation, behavior and

fate of phthalates, and their metabolites, with special emphasis on their toxicity and

human exposure.

Keywords Environmental levels, Human exposure, Phthalates, Properties,

Toxicity
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1 General Overview

Phthalates are well known chemical compounds. In fact, they began to be used in

the plastics industry more than 80 years ago. During these years it has been

confirmed that their presence in the environment is in large quantities, but the

results of different studies about their toxicity and persistence concluded that

phthalates had not been considered dangerous for human health. However, during

the last years, their activity as endocrine disruptors, their impact on the normal

development of living organisms, as well as their teratogenic activity in both

humans and animal studies has made them to be considered as new emerging

contaminants. As a result, a high amount of researches is now being conducted in

order to know their levels and behavior in the environment and in humans, their

main pollution sources as well as the way of decreasing their levels in our nearby.

They are now in the priority list of dangerous substances in the legislation of most

of the industrialized countries, where the use of plastic materials containing food or

for whatever children use is limited, and maximum permitted levels for water

environment and ambient workplaces are established.

Phthalates, also known as phthalic acid esters (PAEs), are esters of phthalic acid

and are mainly used as plasticizers. The structure of the most commonly used

phthalates is shown in Fig. 1. The differences among various phthalates are in the

structures of the two hydrocarbon chains (R1 y R2) linked to the two carboxylic

acid functional groups. The various esters used in industry have alkyl side chains

containing from 1 to 13 carbon atoms. The smallest chain in phthalates is the methyl

group forming dimethyl phthalate (R1¼R2¼CH3; DMP), and the longest chain is

the tridecyl group forming ditridecyl phthalate (R¼R2¼C13H27; DTDP). The large

differences in the length of the side chains provide very different physical

properties such as vapor pressure (VP), partition coefficients KAW (air–water),

KOW (octanol–water), KOA (octanol–air) [1], and its behavior in the environment

may differ from each other, producing very different effects on the living

organisms. The most important properties of the most commonly used phthalates

are summarized in Table 1.

As previously mentioned, phthalates are mainly used as plasticizers, but they are

also used as solubilizing or stabilizing agents in other applications. They are

components of many plastics products such as food wraps, detergents, building

C

C

O

OR1

OR2

O
Fig. 1 General structure

of PAEs
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products (flooring, sheeting, and films), lubricating oils, carriers in pesticide

formulations, PCB substitutes, solvents, personal care products, cosmetics, toys,

some medical devices, etc. For example, di(2-ethylhexyl)phthalate (DEHP) is

added to polyvinyl chloride (PVC), a thermoplastic polymer, to make it softer

and more flexible. DEHP is also used in food packaging materials, medical

products such as intravenous tubing, plastic toys, vinyl upholstery, shower

curtains, adhesives, and coatings. Phthalates with smaller side chains such as

diethyl phthalates (DEP) and di-n-butyl phthalate (DBP) are used as solvents and

perfumes [2].

Various phthalate esters have been reported to be present in the environment,

including outdoor air, water, and soil [3–6], consumer products [7, 8], medical

devices [9], marine ecosystems [10], and indoor air and dust [5, 11, 12]. They are

also widely present in dairy products [13] and food in general [14].

Phthalates are easily released into the environment because there is no covalent

bond between them and plastics in which they are mixed. The major portion of

phthalates that are found in the environment comes from the slow releases of

phthalates from plastics and other phthalate containing articles due to weathering.

At natural conditions, phthalates are hydrolyzed to some extent yielding their

corresponding monoesters, which are also environmental pollutants [15]. They

show poor mobility in soil but aqueous leachates from landfills may contain trace

amounts of more soluble products of phthalate degradation [11, 16].

For the general population, the oral route of exposure has been considered the

major route, including inhalation of air (indoors and outdoors), ingestion of food,

incidental ingestion of soil, and ingestion of dust (indoors), as well as direct contact

with products that contain phthalates. Some studies suggested [17, 18] that food

represents the most important source of exposure to DMP, DEP, DBP, butyl benzyl

phthalate (BBP), and DEHP. A few studies showed that air inhalation could be also

an important route of exposure [19–21], while others did not find any significant

correlation between urinary levels in children and home dust measurements of

phthalates [22].

Generally, phthalates are metabolized and excreted quickly and do not accumu-

late in the body [23]. Ingested phthalate diesters are initially hydrolyzed in the

intestine to their corresponding monoester, which is then absorbed [24], and could

be further oxidized in the body.

For example, in the intestinal tract and liver of both humans and animals DEHP

is rapidly hydrolyzed by esterases to yield mono-(2-ethylhexyl) phthalate (MEHP)

and 2-ethylhexanol [25]. The latter metabolite is subsequently oxidized enzymati-

cally to 2-ethyl hexanoic acid (2-EHXA) [26]. MEHP, 2-hethylhexanol, and/or

their metabolites are the immediate inducers of the majority of enzymes known to

be affected by exposure of DEHP [27]. Due to the high importance of the primary

and secondary PAE metabolites in the human exposure studies, during the last years

a big number of studies have been conducted to prove that some of them are

appropriate biomarkers to calculate human PAE intake [28–30] and that their

determination is easier than calculate it through food intake, which are more time

consuming and subjects to several error sources.
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Studies on health effects of PAEs in humans have remained controversial due to

limitations of the study design. Some findings in human populations are consistent

with animal data, suggesting that PAEs and their metabolites produce toxic effects

in the reproductive system. Some studies associate monoesters PAEs with semen

parameters, sperm DNA damage, and hormones in human population, but none of

them are statistically significant. Urinary monomethyl phthalate (MMP),

monobenzyl phthalate (MBzP), mono-n-butyl phthalate (MBP), MEHP, and

monoethyl phthalate (MEP) were associated with poor sperm morphology and

vigor, and with low sperm concentration, motility, and linearity [31–35]. However,

it is not yet possible to conclude whether phthalate exposure is harmful for human

reproduction.

2 Production, Properties, and Uses

Phthalates were first introduced in the 1920s and quickly replaced the volatile and

odorous camphor. In the earliest 1930s, the commercial availability of PVC and the

development of DEHP caused the boom of the plasticizer PVC industry.

The global production of DEHP in 1994 was estimated to be between 1 and 4

million tons per year. The production volume of DEHP in Western Europe was

505,000 tons per year in 1997. In 2000, the European Union (EU) estimated a

production of phthalates around 1 million ton per year in Western Europe (world-

wide approximately 7 million tons), being DEHP the 60% of the production [36].

More recent information from industry shows that the use of DEPH in the EU has

decreased to 221,000 in 2004, whilst the use of diisononyl phthalate (DiNP) and

diisodecyl phthalate (DiDP) has increased during the same period. In fact, the

annual production of DiNP in the EU in 2005 was estimated around 500,000 tons

[37]. DiNP and DiDP are replacing DEHP as plasticizer because the use of DEHP

has been limited due to it has been classified as Category1A reprotoxin and it is

included in the Annex XIV of the EU REACH legislation [38]. Between 1999 and

2004 the proportion of DEHP to total phthalate usage decreased from 42% to 22%

and the proportion of DiNP and DiDP rose from 35% to 58% [37].

According to their physical chemical characteristics (Table 1), phthalate esters

have a wide range of properties that extends up to six orders of magnitude.

Especially important is the marked decreases in volatility and solubility in water

with increased molar volume or alkyl chain length. The low solubility in water and

the high KOW values of the high-molecular weight phthalates could result in their

strong sorption to dissolve organic carbon and their availability to suffer

bioconcentration process. The lower molecular weight phthalate esters are quite

volatile, but owing to their very low KAW values they will volatilize very slowly

from aqueous solution. The log KOW values vary from 1.61 to 9.46; thus, the high-

molecular weight esters are very hydrophobic and will sorb strongly to organic

matter and surfaces. The high values of KOA indicate that the higher molecular

weight esters present in the atmosphere are weakly adsorbed to aerosol particles and
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to soil and vegetation. Air–water partition coefficients increase with increasing

molecular weight; thus, the higher molecular weight phthalate esters will poten-

tially evaporate more rapidly from water, but this will be mitigated by adsorption to

suspended matter in the water column. The phthalate esters also show significant

and systematic differences in reactivity or half-life, with the primary biodegrada-

tion half-life increasing with increasing alkyl chain length, showing the opposite

trend the photo-oxidation half-life.

PAEs are mainly used as plasticizers but they are also used in a large variety

of products, from entering coating of pharmaceutical pills and nutritional

supplements to viscosity control agents, film formers, stabilizers, dispersants,

lubricants, binders, emulsifying, and suspending agents. End-applications include

adhesives and glues, agricultural adjuvants, building materials, personal-care

products, medical devices, detergents and surfactants, packaging children’s toys,

modeling clay, waxes, paints, printing inks and coatings, pharmaceuticals, food

products, and textiles. Most of the high molecular weight phthalates esters are used

in the manufacture of a wide variety of vinyl goods, both industrial and consumers.

The lower molecular weight phthalates have a very broad use which includes

consumer products and pharmaceutical [8].

The uses of PAEs are directly related with their physical–chemical properties

(Table 1), which are of very broad spectrum. So, DMP is used to manufacture solid

rocket propellant and some consumer products such as insect repellents and plastics

[39, 40]. DEP is an industrial solvent used in many consumer products, particularly

those containing fragrances. Products that may contain DEP include perfume,

cologne, deodorant, soap, shampoo, and hand lotion [39, 40]. DBP and diisobutyl

phthalate (DiBP) are industrial solvents or additives used in many consumer

products such as nail polish, cosmetics, some printing inks, pharmaceutical

coatings, and insecticides [41]. About 76% of DBP goes to plasticizing of PVC

or other polymers, 14% is used in adhesives, 7% in printing inks and the remaining

3% of DBP is used in other miscellaneous application. BBP is an industrial solvent

and additive used in products such as adhesives, vinyl-flooring products, sealants,

car-care products, and to a lesser extent, some personal-care products [39, 40].

More than 90% of BBP goes to plasticizing of PVC or other polymers. DEHP is

primarily used (80%) to produce flexible plastics, mainly polyvinyl chloride, which

is used for many home and garden products, toys, packaging film, and blood-

product storage and intravenous delivery systems [42]. Concentrations in plastic

materials may reach 40% by weight. DEHP has been removed from or replaced in

most children’s toys and food packaging in the United States (US) and the EU.

Other sources of exposure include foods and foods in contact with plastic

containing DEHP.

Di-n-octylphthalate (DnOP) is used primarily to produce flexible plastics.

Diisononyl phthalate (DiNP) is actually a mixture of phthalates with branched

alkyl side chains of varying length (C8, C9, and C10). DiNP is primarily used

(more than 95%) to produce flexible plastics and has been used to replace DEHP in

some plastics. DiNP is now widely used in products such as children’s toys,

flooring, gloves, drinking straws, and garden hoses. The remaining 5% of DiNP is
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used in non-PVC applications [43], such as rubber, inks and pigments, adhesives,

sealant, paints and lacquers, and lubricants [44]. Diisodecyl phthalates (DiDP) is a

mixture of esters of o-phthalic acid with C9–C11 (C10 enrichment) alkyl alcohols.

These alcohols can be obtained by different processes, yielding different ratios of

chain length and branching distribution, which result in different DiDP types.

Presently, there are two different DiDP types being used. Many of the constituents

are common in both DiDP mixtures and only differ by isomeric distribution curves.

Both DiNP and DiDP are mixtures that overlap chemically with each other and

cannot analytically be distinguished clearly if both are present in a mixture. Almost

100% of DiDP goes to plasticizing of PVC or other polymers.

3 Legislation

Regulations on phthalate esters cover all aspects of their production, transportation,

use, and disposal. Phthalates are regulated under the Clean Water Act, so that at

certain manufacturing facilities in the US, wastewater to be treated in municipal

sewage treatment plants may be required to undergo pretreatment prior to leaving

the facility (Pretreatment Standards).When they become waste products, certain

phthalates are subject to Resource Conservation and Recovery Act [45]

requirements. Releases to the environment of several phthalate esters are required

to be publicly reported in the US, Canada, and Japan.

Phthalate esters have undergone comprehensive risk assessments regarding

virtually all aspects of environmental and human health under “existing substances”

regulations in the US, Canada, the EU, and at the Organization for Economic

Cooperation and Development (OECD) level. The results of the various risk

assessments completed to date have led to varying conclusions ranging from no

further information needed and/or no needed for further restrictions on use, to

proposed requirements for some use-specific risk reduction measures. In this way,

up to 12 PAEs, including DBP, BBP, and DEHP are in the list of the proposed

substances suspected to produce endocrine alterations published by the EU [46].

According to Section 307 of the US Clean Water Act, DEP, DMP, DEHP, BBP,

DBP, and DnOP are considered Priority Toxic Pollutants [45]. On the other hand,

DEHP, BBP, and DBP are listed in Annex XIV of the REACH regulation [38]. In

2006, The Australian Government declared DEHP, DiDP, DMP, DiNP, DBP, BBP,

DnOP, DEP, and bis(2-methylethyl) phthalate (DMEP) as priority existing

chemicals and initiated public risk assessments for these phthalates. Australia

concluded the PAE public health hazard assessments in 2008 [47].

DEHP is the most prevalent phthalate used and, thus, the most regulated. The EU

has included it in the list of 33 substances of priority or possibly priority substances

in the field of water policy and in the Water Framework Directive 2001/2455/EC

[48], with the aim to reduce uses and emissions of DEHP to surface waters. A limit
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value for surface waters for DEHP of 1.3 ng/mL was set by EU Directive 2008/105/

EC [49]. The World Health Organization (WHO) has established a guideline value

of 8 ng/mL for DEHP for fresh and drinking water [50], which is similar to the

maximum contaminant level (MCL) for DEHP set by the Environmental Protection

Agency [51] (6 ng/mL). This agency recommends the closely monitoring of

concentrations above 0.6 ng/mL [52]. Other institutions as the Netherlands National

Institute of Public Health and Environment [53] and the Danish Environmental

Protection Agency [54] have also established similar limits.

Concerning occupational exposure, the Occupational Safety and Health Admin-

istration [55] sets a maximum average of 5 mg of DEHP per cubic meter of air

(5 mg/m3) in the workplace during an 8 hour shift. The short-term (15 minutes)

exposure limit is 10 mg/m3. The National Institute for Occupational Safety and

Health [56] and the American Conference of Governmental Industrial Hygienists

[57] recommended a maximum concentration of 5 mg/m3of DEHP in workplace air

for an 8 to 10 hour workday, 40 hour workweek.

The first warning against the use of phthalates in toys was the Recommendation

adopted by the European Commission on 1 July 1998 concerning toys and childcare

articles intended to be placed in the mouth by children under three years of age,

made of soft PVC and containing phthalates. The Commission Decision of 7

December 1999 (1999/815/EC) [58] made it possible to prohibit the use of certain

phthalates on the basis of the legislation on general product [59]. Since 1999, The

Commission Decision 1999/815/EC [58] was extended more than 20 times in the

name of the precautionary principle until the adoption of Directive 2005/84/EC

[60]. This Directive restricted the use of DEHP, DBP, and BBP in the manufacture

of toys and childcare articles intended for children; and DiNP, DiDP, and DnOP are

limited only in toys and childcare articles which can be placed in the mouth. The

restriction states that the amount of phthalates may not be greater than 0.1% by

mass of the plasticized material part of the toys. The member states of the EU

applied this directive from 16 January 2007.

Regarding plastic materials and articles intended to come into contact to

foodstuffs, some restrictions for phthalates were stated in the Commission Directive

2002/72/EC [61]. In 2005, the opinion on certain phthalates (DBP, BBP, DEPH,

DiNP, and DnOP) by the European Food Safety Agency (EFSA) authorities was

published [62]. They set tolerable daily intakes (TDI) for certain phthalates and

estimated that the exposure to humans of particular phthalates was in the same

range as the TDI. In 2007, the Commission Directive 2007/19/EC of 30March 2007

[63] restricted the use of BBP, DEHP, DBP, DiNP, and DiDP to be employed only

as plasticizer in single use materials and articles containing non-fatty foods except

for infant formulae and in technical support agent in concentrations up to 0.1%

(0.05% in the case of DBP) in the final products. The same directive also fixed a

maximum of the specific migration limits (SML) between 0.3 (for DBP) and 30 (for

BBP) mg/kg food stimulant.

Similar restrictions for materials in contact with foodstuffs were adopted by the

US [64–66], Canada [67], Japan [68], and Australia [47].
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4 Levels in the Environment

The migration of PAEs from the polymers leads emissions to the environment

during their production, transport, storage, manufacture, use, and disposal [8, 15,

40, 69]. Once in the different environmental compartments phthalates are subject to

photo degradation, biodegradation, aerobic and anaerobic degradation and, thus,

generally do not persist in the outdoor environment [8, 70].

Some of the most recent data in the literature regarding air PAE levels (Table 2)

indicate that phthalates are ubiquitous in the air compartment, with indoor air

concentrations generally higher than outdoor air concentrations [5, 11]. Regarding

PAEs determined in outdoor air samples, concentrations in urban traffic were

higher than in an industrial site in Thessaloniki (Greece). Concentrations of

DEHP were significantly higher (p < 0.05) at the urban-traffic site (ranging from

4.63 to 45 ng/m3) than at the urban-industrial site (ranging from ND to 6.5 ng/m3,

what implies an input from vehicular emissions). DEHP was the dominant phthalate

with maximum concentration of 45 ng/m3 [6]. DBP and BBP exhibited lower

abundances, whereas DMP, DEP, and DnOP were not found at detectable levels.

DEHP was also the prevailing PAE in air particles from Paris (up to 10.4 ng/m3)

followed by DBP (up to 4.6 ng/m3) [71]. The same trend was observed by Guidotti

and coworkers [72] in the breathable fraction of aerosols in the urban area of Rieti

(Italy) with high levels of DEHP (up to 1,439 ng/m3) and DBP (up to 17.6 ng/m3).

Rudel and coworkers [5] reported total concentrations of DEHP, DBP, and BBP up

to 230, 32, and 8.5 ng/m3, respectively, in outdoor air of California. In general,

concentrations in urban and suburban areas are usually higher than in rural and

remote areas [5]. Higher concentrations of PAEs at urban compared to suburban

area were found at Nanjing (China), and were attributed to both continuing releases

from many point-sources and environmental recycling [73]. Emissions from waste-

water treatment plants and from waste combustion are also considered as possible

sources of PAEs in the atmosphere. Phthalates (predominantly butyl, isobutyl, and

2-ethylhexyl derivatives) have been detected in aerosols emitted from the aeration

tank of a sewage treatment plant at concentrations ranging from 71.1 to 228.1 ng/m3

[76, 77]. Those studies reported the occurrence of DEHP at significant

concentrations in emissions from uncontrolled burning of domestic wastes since

this compound showed the highest emission rate (336.3 mg/kg) in open-air barrel

burning.

Because of volatilization and leaching from their application in consumer and

personal care products, phthalate esters are ubiquitous contaminants in indoor

environment, and the levels found in dust from homes in different countries

(Table 2), showed that the less volatile phthalates such as DEHP and BBP, are

the predominant in dust samples [11, 16, 74], and that the percentage of both carpet

and plastic materials (furniture, decoration, and home electronics) could be

associated with higher concentrations of BBP and DEHP in house dust [12, 74, 75].

The proportion of DiNP in house dust from Germany in 2009 [12], indicates that the
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substitution of BBP and DEHP by DiNP in various products, is increasing their

levels in our nearby.

The presence and persistence of PAEs in aquatic environments directly depend

on their chemical–physical properties, and degradation/biodegradation processes.

They are practically insoluble in pure water (Table 1), but they are soluble by fulvic

and humic acids as complexes and/or adsorbed onto particulate matter, with

sediments being the final sink [78, 79]. Chemical–physical degradation processes

(e.g., photolysis and hydrolysis) are not significantly effective for environmental

degradation [80, 81]. However, microorganism degradation (anaerobic, aerobic,

and facultative) is thought to be the principle mechanism for PAE degradation in

soil and sediments [15]. According to the results from Yuan and coworkers [78], the

average aerobic biodegradation half-life range in sediments were from 2.5 (DEP) to

14.8 (DEHP) by day while the average anaerobic biodegradation range were from

14.4 (DBP) to 34.7 (DEHP). In relation to these numbers, the aerobic degradation

half-lives are smaller than anaerobic degradation, being DEHP the most difficult to

degrade in any case.

In accordance with previous considerations, and taking into account that DEHP

is the most used PAEs, it is logical that DEHP dominates the phthalate

concentrations in the environment, with levels found in sediments higher than in

surface water.

Thus, in a study conducted in Germany in 2002 [3], BBP, DBP, and DEHP were

measured in various compartments (surface water, sediments, sewage treatment

plants effluents, sewage sludge, dump water, and liquid manure). DEHP dominated

the phthalate concentrations, which ranged from 0.3 to 97.8 mg/L (surface water),

1.74 to 182 mg/L (sewage effluents), 27.9 to 154 mg/g dry weight (d.w.) (sewage

sludge), and 0.21 to 8.44 mg/g (sediment). DBP was found only in minor

concentrations and BBP only in a few samples and in low amounts. Very high

concentrations of phthalates were confirmed in waste dump water and compost

water samples as well as in the liquid manure samples.

In another study conducted in river waters and sediments of central Italy, a direct

relationship between PAEs concentration levels in water samples from rivers and

lakes with input of urban or industrial treated wastewaters near the sampling point

were also found [82]. They also found an accumulation factor in sediment samples

ranging from 10 to 100, showing the trend of PAEs to be absorbed in sediments.

DEHP and DBP were found in higher concentration levels than the other seven

PAEs investigated. The presence of PAEs in the studied freshwaters was closely

related to the input of urban and industrial treated wastewaters. DEPH

concentrations in freshwater and sediment samples ranged from 0.3 to 31.2 mg/L
and from 0.003 to 0.49 mg/g, respectively.

Eight PAEs were measured in 14 surface waters and 6 sediments taken from

various rivers in Taiwan [78]. Like in the previous mentioned studies [3, 82], the

concentration levels of DEHP and DBP found were higher than the rest of PAEs

investigated. DEHP concentrations in the water and sediment samples ranged from

ND to 18.5 mg/L and from 0.5 to 23.9 mg/g, respectively. DBP concentrations in the

water and sediment samples ranged from 1.0 to 13.5 mg/L and from 0.3 to 30.3 mg/g,
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respectively. They found that aerobic degradation rates were up to ten times faster

than anaerobic degradation rates, being DEHP difficult to degrade in both, aerobic

and anaerobic degradation.

5 Toxicity of PAEs and Their Metabolites

All phthalates have low acute toxicity, but some of them are suspected of having

chronic effects in humans. Most of the toxicological studies have been conducted in

animals (mainly rodents), showing adverse effects on liver, kidney, and the repro-

ductive system, and acting as endocrine disrupting agents [83], but they have not

been classified with respect to carcinogenicity by the International Agency for

Research on Cancer (IARC), the Environmental Protection Agency (EPA), and

the National Toxicology Program (NTP), because of peroxisomal proliferation,

which may be a pathway to the development of liver cancers in animals, may be a

less relevant pathway in humans [84].

Phthalates do not seem to act via direct hormonal mimicking. However, in

rodents, some phthalates (BBP, DiBP, DBP, DEP, DEHP, and DiNP) can modulate

the endogenous production of fetal testicular testosterone [85–87], resulting in

functional and structural impairment of male reproduction and development

[85, 88–90], but these effects have not been proved when tested in non-human

primates.

Although PAEs act as endocrine disruptors, their way of action is not very clear

since the results of different studies are sometimes contradictory, although not all

metabolites have been tested. Thus, in vitro studies showed that some phthalates

have weak or no estrogenic, antiestrogenic, or androgenic activity [91–94], while

in vivo studies showed no estrogenic [95, 96] and anti-androgenic activities,

indicating that exposure to high doses of DEHP, DBP, and BBP during the fetal

period have produced lowered testosterone levels, testicular atrophy, and Sertoli

cell abnormalities in male animals and ovarian abnormalities in female animals

[97, 98]. Additional studies have shown that DEHP and MEHP cause adverse

effects on the male reproductive system in rodents [85], and anti-androgenic effects

in castrated rats [99, 100], and DBP and DEHP affects sperm parameters

[101–103].

Phthalates are suspected of acting as endocrine disrupters also in humans,

affecting male and female reproductive tract development. Exposure to PAEs in

adult men has been associated with semen quality and alterations in sexual behavior

[104], and with endometriosis and intrauterine inflammation (which is a risk factor

for prematurity) in adult women [105, 106], as well as other effects. These studies

suggest that DEHP may play a role in inducing the intrauterine inflammatory

process. Besides the reproductive effects of PAEs, recent studies have also shown

the genotoxicity of DEHP, DBP, and DiBP in human lymphocytes and mucosal

cells [107, 108].

318 M.A. Fernández et al.



Regarding toxicity of primary metabolites, some of them (MMP, MBzP, MBP,

MEHP and MEP) were associated with poor sperm morphology and vigor, and with

low sperm concentration, motility, and linearity [31–35]. Urinary MEP level was

associated with lower serum luteinizing hormone (LH) values [34] and sperm DNA

damages [32, 109] however, these results regarding to MEP are not supported by

animal studies [110, 111]. Urinary MBP and MEHP levels were negatively

correlated with free testosterone in exposed workers [112]. Additionally, MBzP

exposure was significantly associated with a decrease in serum follicle-stimulating

hormone (FSH) level, a marker of spermatogenesis for infertile males in clinical

evaluation [113].

Some studies have been conducted to know the relation among PAEs and human

infants, which are the subgroups of humans that could be most affected by the

presence of PAEs in their parents. The urinary concentration of four phthalate

metabolites (MEP, MBP, MBzP, and MiBP) of mother’s during pregnancy were

negatively correlated with the anogenital index (AGI) which is a weight normalized

index of anogenital distance (AGD) [AGD/weight (mm/kg)] in 134 boys of

2–36 months of age [114]. Although some studies of human infants indicate

possible associations between PAE exposure and the development of the human

reproductive system, other studies of adolescents exposed to DEHP from medical

devices as neonates showed no significant adverse effects on their maturity or

sexual activity [115].

Studies on health effects of PAEs in humans have remained controversial due to

limitations of the study designs. Some findings in human populations are consistent

with animal data suggesting that PAEs and their metabolites produce toxic effects

in the reproductive system. However, it is not yet possible to conclude whether

phthalate exposure is harmful for human reproduction [116].

It is sometimes claimed that the use of animal data for estimating human risk

does not provide strong scientific support. However, because it is difficult to find

alternative methods to test the direct toxic effects of chemicals, continuance of

studies in animals is required for risk assessment of chemicals including PAEs.

6 Estimation of PAEs Exposure in Human Populations

As it was stated earlier, many studies have suggested that PAEs and their

metabolites produce reproductive and developmental toxicities in laboratory

animals. Although the most of these animals were exposed to PAEs at relatively

high level to exam toxicological effects, some studies showed that relatively low

doses of PAEs caused toxic effects [88, 117, 118]. Thus, there is a question of

whether humans are exposed to PAEs at a severe enough level to generate human

health effects.

Human exposure to PAEs may occur via ingestion, inhalation, and dermal

pathways. Dermal exposition is usually very low, being via ingestion (food) and

inhalation (indoor/outdoor ambient) the most important ones. An estimation study
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concerning sources of phthalate exposure among Europeans showed that dermal

application of consumer products dominated the sources of DMP, DEP, and BBP,

whereas dietary intake was the major source of exposure to DBP, DiBP, and DEHP

[119]. In a study of general population in Japan, dietary intake and inhalation

accounted for less than 50% of total daily exposure to DMP, DEP, and DBP,

whereas dietary intake was the dominant source of exposure to BBP and DEHP

[120]. The fact that the application of exposure models for the evaluation of sources

of phthalate exposures yielded variable results means that the extent of exposure via

different pathways depends on the individual phthalate, the geographic area, the

age, and the lifestyle of the consumers [121].

Food intake could be an important way of PAE exposure in human population.

Some authors [17, 18, 122] estimated that contaminated food makes up around 90%

of the DEHP intake. PAEs (DEHP, BBP, DBP, DiDP, and DiNP) may be present in

foodstuffs, either due to migration from food contact materials containing PAEs or

due to its widespread presence as an environmental contaminant which can be

found in air, water, soil, and food. Contamination of food by PAEs can occur during

processing, handling, transportation, and packaging of food and via secondary food

storage articles. During processing, food may be contaminated from PVC tubing

and other process equipment containing DEHP [123], from lubricants used in the

food processing industry, via polymer and non-polymer components of food pack-

aging [124] where high amount of DBP was found in the food wrap or food

packaging material.

In 2005, the EFSA [62] made an estimation of PAE exposure in human

populations based on the limited available literature on DEHP, DBP, BBP, DiNP,

and DiDP concentration in foods and diets. Some studies have been conducted in

two different populations in United Kingdom (UK) and Denmark from 1996 to

2003 [124–129]. Based on the information obtained from the mentioned studies, the

EFSA estimated the daily oral intake and the maximum dietary exposure (calcu-

lated in the 95th percentile) (MDE) for the most used PAEs (Table 3).

In general, the total daily oral intakes estimated for the PAEs studied were higher

in Denmark studies [128, 129] than those estimated in UK studies [124–127]. In the

study carried out at the regional levels in Denmark in 2003 [129], the total daily oral

intakes estimated for DBP, BBP, DEHP, DiNP, and DiDP for children aged from

1 to 6 years were always higher than those estimated for children aged from 7 to

14 years, being the adult values always the lowest ones. In the case of DiNP and

DiDP the values for children aged from 6 to 12 months were very high. In the case

of DiNP, the difference between the estimated oral daily intake in Denmark for

infants aged 6-12 months (216 mg/kg b.w./day) and adults (5 mg/kg b.w./day) was of
211 mg/kg b.w./day, which was the highest one (Table 3).

Based on the calculated Maximum Dietary Exposure (MDE) of PAEs, and the

Non Observed Adverse Effect Level (NOAEL) calculated from the available

toxicology evidence, mainly hepatic, renal changes and reproductive toxicity in

animals [88, 89, 130–133], and making an uncertainty factor between 100 and 200,

the EFSA panel calculated the Tolerable Daily Intake (TDI) for DBP, BBP, DEHP,
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DiNP, and DiDP (Table 3). The EFSA Panel concluded that exposure to DEHP and

BPD from food consumption was in the range of the TDIs, and that of DiNP and

DiDP were well below the TDI values.

The TDI values settle by the EFSA in 2005 (Table 3) were different from those

calculated by the Scientific Committee for Toxicity, Ecotoxicity and the Environ-

ment (CSTEE) in 1998 [134] based on the phthalate migration from soft PVC toys

and child care articles, and the available toxicity studies on animals at that time

[117, 122, 135], with the following values: DBP (TDI of 100 mg/kg b.w./day),

BBP (TDI of 200 mg/kg b.w./day), and DiDP (TDI of 200 mg/kg b.w./day), but they

Table 3 Estimation of maximum dietary exposure (MDE) (95th percentile), non observed

adverse effect level (NOAEL) and tolerable daily intake (TDI) of the most used PAEs according

to EFSA [62]

Phthalate MDE (mg/kg b.w./day) NOAEL (mg/kg b.w./day) TDI (mg/kg b.w./day)

DBP 0.5 (adults)a

10.2 (adults)b

1.6 (adults)c

3.5 (7–14 years)c

8 (1–6 years)c

2 (LOAEL) 10

BBP 3 (adults)a

4.5 (adults)b

1 (adults)c

2.4 (7–14 years)c

5.9 (1–6 years)c

50 0.5

DEHP 5 (adults 60 kg)a

15.7 (adults 70 kg) b

4.5 (adults)c

11 (7–14 years)c

26 (1–6 years)c

5 50

DiNP <0.17 (adults 60 kg)d

2.4 (0–6 months)e

1.8 (>6 months)f

5 (adults)c

10 (7–14 years)c

63 (1–6 years)c

216 (6–12 months)c

15 150

DiDP <0.17 (adults 60 kg)d

2.4 (0–6 months)e

1.8 (>6 months)f

3 (adults)c

7 (7–14 years)c

53 (1–6 years)c

210 (6–12 months)c

15 150

a[124]
b[128]
c[129]
d[125]
e[126]
f[127]
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were similar for DEHP and DiNP (Table 3). The TDI values calculated by the

EFSA (2005) were similar to the reference dose (RfD) calculated by the EPA (BBP:

200 mg/kg b.w./day, DBP: 100 mg/kg b.w./day, and DEHP: 20 mg/kg b.w./day)

established in 2006 [136] and those TDI values established in 2002 by the Japanese

Government (DEHP: 4–140 mg/kg b.w./day and DiNP: 150 mg/kg b.w./day [68];

Table 4).

Nevertheless, to estimate human exposure to PAEs measuring the chemicals in

foodstuffs, collecting survey/questionnaire data on personal lifestyle and food con-

sumption are not very satisfactory because there are other sources which contributed

to the overall human exposure to PAEs (e.g., dermal contact and environmental

media). Because of that, since the late 1990s many studies have been conducted with

the target to prove that the urinary concentration of PAEmetabolites could be used as

biomarkers to estimate dose in risk human assessment of PAEs.

Blood and urine are the most common matrices for biomonitoring the most

common PAEs metabolites, shown in Table 5, but urine is the matrix of choice for

biomonitoring of non-persistent chemicals because urinary concentrations of these

compounds or their metabolites are higher than blood concentrations. People exposed

to DMP, DEP, and DBP will excrete MMP, MEP, and MBP in their urine. The

amount of MMP, MEP, and MBP is an indicator of how much contact with the

parental PAEs occurred. Small amounts of 3-carboxy-monopropyl phthalate (MCPP)

are also produced from DBP. In addition, people exposed to BBP will excrete MBzP

and small amounts of MBP in their urine [23]. DEHP is metabolized into various

metabolites [20, 24, 139, 140]. Three of these metabolites are MEHP, 5oxo-mono(2-

ethylhexyl) phthalate (5oxo-MEHP), and 5OH-mono(2-ethylhexyl) phthalate (5OH-

MEHP). MEHP is primarily formed by the hydrolysis of DEHP in the gastrointestinal

tract and then absorbed. 5OH-MEHP and 5oxo-MEHP are produced by the oxidative

metabolism of MEHP and are present at roughly three- to tenfold higher

concentrations than MEHP in urine [139, 140]. People exposed to DnOP will excrete

small amounts of mono-n-octyl phthalate (MnOP) in their urine. People exposed to

DiNP will excrete small amounts of monoisononyl phthalate (MiNP) in their urine.

Table 4 Estimated daily intakes (EDI) of phthalates based on the geometric mean values for

urinary metabolites estimated by David [137] for CDC data measured in 289 US individuals [138]

and the tolerable daily intake (TDI) values calculated by EFSA [62], CSTEE [134], and MHLW

[68], as well as the reference dose of phthalates (RfD) calculated by EPA [136] (in mg/kg b.w./day)
Phthalate EDI

[138]

TDI (EU)

[134]

TDI (EU)

[62]

RfD (US)

[136]

TDI (Japan)

[68]

Geometric mean 95th percentile

DEP 12.34 93.3

BBP 0.73 3.34 200 500 200 –a

DBP 1.56 6.87 100 10 100 –a

DEHP 0.60 3.05 37 20 20 4.0–140

DnOP <LOD –a 370 –a –a –a

DiNP 0.21 1.08 150 150 –a 150
aNon established
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As with DEHP, other oxidative metabolites of DiNP are probably the most abundant

urinary metabolites [141]. Because DiNP is a complex mixture, MiNPmay not reflect

total exposure to all DiNP components. Thus, low molecular weight phthalates

Table 5 The most common parent phthalates and their corresponding monoester (primary) and

oxidized (secondary) metabolites

Parent phthalate Monoester metabolite Secondary oxidized metabolite

Dimethyl phthalate

(DMP)

Monomethyl phthalate

(MMP)

Diethyl phthalate (DEP) Monoethyl phthalate (MEP)

Dicyclohexyl phthalate

(DCHP)

Monocyclohexyl phthalate

(MCHP)

Di-n-pentyl phthalate
(DnPeP)

Mono-n-pentyl phthalate
(MnPeP)

Butylbenzyl phthalate

(BBP)

Monobenzyl phthalate

(MBzP)

Diisobutyl phthalate

(DiBP)

Monoisobutyl phthalate

(MiBP)

Di-n-butyl phthalate
(DBP)

Mono-n-butyl phthalate
(MBP)

3-Carboxy-mono-propyl phthalate

(MCPP)

Di(2-ethylhexyl)

phthalate (DEHP)

Mono(2-ethylhexyl)

phthalate (MEHP)

5OH-mono (2-ethylhexyl)

phthalate (5OH-MEHP)

5oxo-mono (2-ethylhexyl) phthalate

(5oxo-MEHP)

5carboxy-mono (2-ethylhexyl)

phthalate (5cx-MEPP)

2carboxy-mono (2-ethylhexyl)

phthalate (2cx-MMHP)

Di-n-octyl phthalate
(DnOP)

Mono-n-octyl phthalate
(MnOP)

Diisononyl phthalate

(DiNP)

Monoisonyl phthalate

(MiNP)

7OH-monomethyloctyl phthalate

(OH-MiNP)

7oxo-monomethyloctyl phthalate

(oxo-MiNP)

7carboxy-monomethylheptyl phthalate

(cx-MiNP)

Diisodecyl phthalate

(DiDP)

Monoisodecyl phthalate

(MiDP)

OH-monoisodecyl phthalate

(OH-MiDP)

oxo-monoisodecyl phthalate

(oxo-MiDP)

Carboxymonoisodecyl phthalate

(cx-MiDP)
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(e.g., DEP and DBP) mostly metabolize to their hydrolytic monoesters and high

molecular weight phthalates (e.g., DEHP and DiNP) metabolize to their hydrolytic

monoesters, which are transformed to oxidative products.

Since Blount and coworkers [138] published in 2000 the levels of seven urinary

monoesters phthalates metabolites: MEP, MBP, MBzP, monocyclohexyl phthalate

(MCHP), DEHP, MnOP, and MiNP found in 289 US adults the number of PAE

metabolites have increased to 22, although only 11 have been used as biomarkers

[142]. The results obtained by Blount and coworkers [138] were used by David

[137] to estimate the daily intake levels (Table 4) by using the following equation:

Daily intake (mg/kg/day) ¼ urinary concentration (mg/g creatine) � creatinine

excretion (g/kg/day)� (monoester in urine (mol)/diester ingested (mol))� (molec-

ular weight of diester (g/mol)/molecular weight of monoester (g/mol)).

As shown in Table 4, all estimated PAE intakes in the US population in the year

2000 were lower than the TDI values settle by the EU Scientific Committee for

Toxicity, Ecotoxicity and the Environment [134], the US Reference Dose [136], the

TDI values established by Japanese Government [68], and the EFSA [62]. Among

these PAEs, the estimated daily intake levels of DEHP were not as high as expected,

taking into account that DEHP is the most commonly used plasticizer for flexible

PVC formulations at that time and it is a widespread environmental contaminant

[18]. Later studies showed the low sensitivity of the biomarker MEHP for assessing

DEHP exposure, exploring two secondary metabolites of DEHP, the 5oxo-MEHP

and the 5OH-MEHP [139, 140, 143]. They found that the major metabolites of

DEHP in urine were 5oxo-MEHP and 5OH-MEHP, which were fourfold higher

than MEHP.

Recently, other secondary oxidized metabolites of DEHP have been recognized

[144]. Although 5OH-MEHP and 5oxo-MEHP in the urine reflect short-term

exposure levels of DEHP, other secondary oxidized metabolites of DEHP such as

5carboxy-mono (2-ethylhexyl) phthalate (5cx-MEPP) and 2carboxy-mono

(2-ethylhexyl) phthalate (2cx-MMHP) are considered excellent parameters for

measurement of the time-weighted body burden of DEHP due to their long half-

times of elimination. Biological monitoring in a German population (n ¼ 19)

indicated that 5cx-MEPP is the major urinary metabolite of DEHP. Median

concentrations of the metabolites of DEHP were 85.5 mg/L (5cx-MEPP), 47.5 mg/
L (5OH-MEHP), 39.7 mg/L (5oxo-MEHP), 9.8 mg/L (MEHP), and 36.6 mg/L (2cx-

MMHP) [145]. Furthermore, oxidized metabolites of DiNP have been recently

introduced as new biomarkers for measurement of DiNP exposure [146, 147].

Table 6 shows a brief overview of biomonitoring urinary data on phthalate

exposure in Germany, US, Taiwan, and China populations. In some of those studies

only primary metabolites have been analyzed (i.e., Taiwan), in others also the

oxidized metabolites of DEHP were included in the study, even the DiNP

metabolites. It is clear the need for analyzing the secondary metabolites in the

case of DEHP and DiNP, because as it can be seen in all the studies gathered in

Table 6, the MEHP represents a percentage lower than 12% of the total DEHP

metabolites. In the case of DiNP the need for calculating the oxidized metabolites is

still important, due to the fact that in three studies [28, 29, 146, 148, 150] the levels
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of MiNP are lower than LOQ, and only calculating the secondary metabolites, it

would be possible to asses the exposure levels of DiNP.

The comparison of the PAE metabolite concentrations obtained in different

populations (Table 6) should be carried out cautiously due to differences in study

design (e.g., different way, type and time of sampling, range of ages, number of

samples, etc.). Besides, it is known that there are variations from person to person in

the proportions or amounts of the metabolite excreted after people received similar

doses [23] as well as variation in the same person during repetitive monitoring [116,

151]. In addition, the proportion of each metabolite for a given phthalate may vary

also by differing routes of exposure [19, 152].

Taking into account the previous considerations, the data reported in Table 6

suggest that PAE levels are within the same order of magnitude in the four countries

(US, Germany, China, and Taiwan), but some differences in the exposure of PAE

metabolites could be appreciated.

The median concentrations of MEP in urine samples reported by China and

Taiwan are much lower than the median concentration reported in the US popula-

tion [148]. Concentrations of MiBP reported by the US [148] are about 16-fold

lower than those reported by Germany [28] and China [16]. The exposure to DEHP

appears nearly similar in the US, Germany, and China, while the exposure to DiNP

is higher in US [146] than in German populations [28, 150].

The EDI of phthalates in China, Germany, Taiwan, and US populations are

shown in Table 7. The calculation was based on phthalate metabolite (primary and

secondary) concentrations, the model of David [137] and the excretion fractions

according to various authors [23, 28, 143, 144]. DEHP median values are very close

or clearly exceed the TDIs and RfD values (Table 4). The median values for the rest

of PAEs are below levels determined to be safe for daily exposures estimated by the

US (RfD), the EU and Japan (TDI) (Table 4). However, the upper percentiles of

DBP and DEHP urinary metabolite concentrations suggested that for some people,

these daily phthalate intakes might be substantially higher than previously assumed

and exceed the RfD and TDIs.

Furthermore, special situations including using DBP containing medications

[41], platelet donation [144], or intensive medical interventions [154–156] can

result in daily intakes that exceed the RfD or TDI for long periods of time and/or

are close to levels where first toxic effects have been observed in animals. The

toxicological significance of reaching the RfD and/or TDI of multiple phthalate

exposures among susceptible subpopulations (e.g., children and pregnant women),

of the time when these high exposures occurred (e.g., prenatal exposures) and of

coexposures to other endocrine disruptor chemicals (EDCs) remains unclear and

warrants further investigation.

With the exception of MEP, the NHANES 2003–2004 [148] subsamples showed

that children aged 6–11 years excreted higher concentrations of metabolites than

did older age groups, a finding that has been noted in other studies of German adults

and children for DEHP metabolites [22, 157]. The 2003–2004 NHANES [148]

subsamples also showed other differences in concentrations of specific phthalate

metabolites by age, gender, and race/ethnicity. Finding a detectable amount of one
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or more phthalate metabolites in urine does not mean that they cause a negative

health effect. More research is needed to know if these levels of phthalate

metabolites could cause negative effects in human health. The PAE metabolite

levels found in urine from different populations only provide a reference range and,

at the moment, it is only possible to determine whether people have been exposed to

levels above those affecting the general population. These data will also help

scientists to design new research studies on phthalate exposure and health effects.
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Perfluorinated Compounds in Drinking Water,

Food and Human Samples
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Abstract Perfluorinated compounds are industrial chemicals widely used for more

than 60 years. However, during the last decade, due to their high resistance to

degradation, bioaccumulation attached to proteins, biomagnification to the food

chain and their relation to toxicological effects, especially during early stages of

life, these compounds have gained scientific and regulatory attention.

In addition, the difficulty associated with their analysis in complex matrices,

such as biota, food and human fluids and tissues samples, should be mentioned.

This chapter provides a comprehensive examination of the current knowledge of

drinking water and food contamination by PFCs and their bioaccumulation in

humans, with special attention given to the fundamental role chemical analysis

played in the evaluation of these compounds’ sources, levels, exposure and risk

assessment.
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1 Introduction

Perfluorinated compounds (PFCs) comprise a large group of compounds widely

used in industrial applications that are characterised by a fully fluorinated hydro-

phobic linear carbon chain attached to one or more hydrophilic head. PFCs repel

both water and oil, and are therefore ideal chemicals for surface treatments [1].

These compounds have been used for many industrial applications [2] and have

been at the centre of an increasing number of environmental monitoring studies

mainly because of their persistence, bioaccumulative potential [3] and global

distribution [4, 5], particularly in aquatic biological samples [6]. These compounds

have been detected worldwide in sediments and biota [3, 7]. In recent years, an

increasing number of papers report high levels of PFCs in blood, tissues and breast

milk from both occupationally and nonoccupationally exposed human populations

[4, 8–10]. The most important exposure pathways of perfluorinated compounds for

humans are thought to be intake of drinking water, food and inhalation of dust

[11–13].

Because of their bioaccumulation [14–16] and potential health concerns includ-

ing toxicity [17–21], and their possible contribution to cancer promotion, non-

governmental organisations, national and international authorities have addressed

the PFCs problem by several pressure and legislative actions. The total production

of perfluorooctanesulphonate (PFOS) has been significantly reduced from 2000 to

2005. One major fire-fighting foam manufacturer, 3M, abandoned production of

PFOS in 2000. In February 2006, E.E.U.U. regulators reached a voluntary agree-

ment with eight companies to phase out the use of perfluorooctane acid (PFOA).
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Under the agreement, companies will reduce emissions of these compounds from

their facilities and consumer products by 95 per cent by 2010, and work towards

eliminating the sources of PFOAby no later than 2015. Furthermore, PFOS and PFOA

as well as other perfluorocarboxylic acids (PFCAs) are stable degradation products

and/or metabolites of neutral PFCs such as fluorotelomer alcohols (PFTOHs),

perfluorinated sulphonamides (PFASAs) and perfluorinated sulphonamide ethanols

(PFASEs) [22]. Therefore, the largest global manufacturer and supplier of

fluorotelomers such as Capstone, DuPont have adapted its entire product line to utilise

short-chain chemistry because short-chain molecules cannot break down to PFOA in

the environment.

Canada was the first country to take precautionary action on PFCs by banning in

July 2004, for a two-year period, four fluorinated polymers that contain telomer

alcohols, and then recommending their permanent ban. In Europe, the hazard

assessment of the Organisation for Economic Co-operation and Development

(OECD) from the year 2002 identified PFOS as a PBT-chemical (persistent,

bioaccumulative and toxic). As a result, PFOS was proposed as a candidate in the

Stockholm convention on persistent organic pollutants (POPs). In December 2006,

the European Parliament and the Council decided to restrict marketing and use of

PFOS, with a few exceptions, by amending Council Directive 76/769/EC on

dangerous substances for PFOS. The directive will be later transposed into the

EU’s forthcoming REACH chemical legislation. It is currently being discussed if

PFOA should be incorporated into this Directive. In addition, PFOS and PFOA are

considered to be included in the so-called priority substances regulated by the

Water Framework Directive (WFD). Although these restrictive actions provided

additional security, in January 2005, OECD published a report with results from a

survey on the production and use of PFOS and related substances in the OECD area.

One conclusion from the survey is that PFOS is still manufactured by Germany

(20–60 tonnes in 2003) and Italy (<22 tonnes in 2003).

PFCs are now included in different health programs in EEUU, Canada and

Europe. The EU to provide a better assessment about the distribution, toxicity

and persistence of these compounds is supporting several projects of the VII

European Research Framework Programme targeted on PFCs. During the last

years, several reviews have been published on PFCs that summarise the analytical

strategies [23], biological monitoring data [24] and recent advances in toxicology

and their mode of action [25]. However, data on levels of PFCs in the human diet

are rather scarce [26, 27]. In addition, PFOS remains the predominant PFC found in

all aquatic species, tissues and locations analysed around the world. PFOA and

PFOS accumulation in marine mammals (e.g., >1,200 ng/g wwt in liver) is

common in the Arctic [28, 29], Europe [30, 31] and Asia [32], while levels are

much lower in the southern hemisphere. These contamination trends are likely due

to continued use of PFOA and PFOS precursors, such as fluorotelomer alcohols and

polyfluoroalkyl phosphate and/or continued oceanic and atmospheric inputs of

sources resulting in exposure and bioavailability of these PFCs in the northern

hemisphere [6].

Perfluorinated Compounds in Drinking Water, Food and Human Samples 339



This chapter provides a comprehensive examination of the current knowledge of

drinking water and food contamination by PFCs and their bioaccumulation in

humans, with special attention given to the fundamental role chemical analysis

played in the evaluation of these compounds’ sources, levels, and exposure and risk

assessment.

2 Overview of Analytical Methods for the Analysis

of Perfluorinated Compounds

2.1 Sample Storage and Conservation

Storage and conservation of samples for PFCs analysis presents some critical steps

because losses or contamination of the samples can easily occur. In order to avoid

or reduce sources of contamination, different protocols have been suggested. For

liquid samples is very important the pre-cleaning of bottles and recipients with a

rinsing with semi-polar solvents before sampling [33]. However, less attention has

been paid to the potential losses during the storage. Main causes of losses are the

adsorption to sample containers, the volatilisation of some PFCs, or transformations

due to an inappropriate conservation. There have been controversies about whether

and which PFCs can absorb to glass surfaces [34, 35]. The partial adsorption to glass

containers of high concentrations standard solutions has been reported [36], but it is

expected that this will not happen in real samples with more complex matrices [37].

On the other hand, some authors reported that polymeric container, such as polypro-

pylene (PP) and high density ethylene (HDPE), can also partially adsorb long-chain

compounds, such as PFOSA, PFOS and PFOA [38]; however, these are in general

more used materials. Another cause of losses is volatilisation that can affect some

volatile compounds, such as fluorotelomer alcohols (FTOHs), during sampling,

storage and sample pre-treatment. In order to minimise these losses, it has been

recommended avoiding headspace in sampling bottles [39]. Long-term conservation

of the samples is also a critical point. Most of the authors report freezing, refrigera-

tion, solvents addition or acidification combined with refrigeration to preserve the

samples [40]. However, it has been shown that when pH decreases, PFCs become

increasingly associated with the available protons, and then PFCs can be more easily

adsorbed to the container’s surface [41]. Szostek et al. [42] investigated the stability

of FTOHs in water and water samples mixed with acetonitrile during the storage.

They concluded that aqueous samples could safely be stored in the freezer in a glass

vial, sealed with a septum lined with alumina foil. Finally, biodegradation and

biotransformations should be prevented. Whereas good results were obtained when

conservations were conducted in the freezer or using combinations of solvent (such as

acetonitrile) and freezing [43], the use of biological inhibitors, such as formalin, was

found to suppress the MS responses during the analysis [44].
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2.2 Food, Biota and Aqueous Samples Including Drinking
Water: Extraction and Clean-Up

2.2.1 PFAS Analysis in Aqueous Matrices

Different extraction procedures have been proposed including the use of solid-

phase micro extraction (SPME), liquid–liquid extraction (LLE), large-volume

direct injection and solid-phase extraction (SPE). For example, Alzaga et al. [45]

proposed a method based on ion-pair SPME combined with in-port derivatisation

and gas chromatography–negative chemical ionisation–tandem mass spectrometry

(GC–NCI-MS-MS) determination of various PFCAs in STP effluent and seawater

[45]. Gonzalez-Barreiro et al. [46] have compared a method based on LLE of

various PFAS from STP effluents in comparison with SPE at two different pH

values. Schultz et al. [44] used large-volume direct injection liquid chromatogra-

phy-tandem mass spectrometry (LC/MS/MS) after centrifugation of STP influent

and effluent samples without prior analyte enrichment. This rapid, straightforward

method covered a broad range of compounds. Sample filtration was considered but

rejected since the filters either retained parts of the analytes or resulted in sample

contamination with certain PFAS. Large-volume direct injection LC/MS/MS offers

the advantage of low contamination potential and quantitative recoveries (apart

from the particle bound PFAS fraction). Additionally, the injected sample volume

could be increased employing a column-switch system with a pre-concentration

column.

However, most of the authors use SPE for the extraction and clean-up of water

and liquid samples. Moody and Field [47] described the first SPE method for

PFCAs from contaminated groundwater originating from a fire-training site. The

compounds were derivatised and analysed by GC/EI-MS with a limit of quantifica-

tion (LOQ) of 36,000 ng/L (PFOA). Since then, due to the different polarities of

PFCs different extraction SPE cartridges have been explored. Broadly, good

recoveries were reported using Oasis WAX-SPE cartridges including short-chain

(C4–C6) compounds, and have been applied in many monitoring studies [13, 48, 49].

For longer chain PFCs, less polar phases (C18 and Oasis HLB) may be applied.

When an ion-pairing agent is used, that decreases the polarity of the ion-pair

complex, a non-polar solvent (MTBE) may be used. Non-ionic PFCs may be

extracted from the matrix by non-polar media (C18 SPE or hexane). Moderate

polar media (Oasis HLB and Oasis WAX-SPE, a hexane–acetone mixture or

acetonitrile) have also been applied for extraction of non-ionic PFCs. However,

one of the critical points in PFCs analysis is background contamination in the

analytical blanks [24, 50]. One known source of procedural contamination is

contact with laboratory materials made of, or containing, fluoropolymers [44].

Water samples may be filtered [44, 51] to separate solids from the liquid phase.

However, filtration can result in losses by adsorption of PFCs on the filters, or on the

contrary levels can increase by contamination from the filters, as was found by
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Schultz et al. for fibre, nylon, cellulose acetate and poly ether sulphone filters [44].

They applied centrifugation as alternative for separation the liquid from the solids.

Controversial studies reported the cross contamination of samples during PFCs

analysis using different SPE cartridges. Yamashita et al. [52] examined the source

of blank contamination at various different steps, including sample collection,

extraction and treatment of samples. PFOS and PFOA contamination in the SPE

cartridges, OASIS HLB and Sep-Pak (C18), was evaluated. Both SPE cartridges were

a cause of contamination by PFOS and PFOA. However, higher concentrations of

PFOS and PFOA were reported for Sep-Pak cartridges. In the case of the Oasis HLB,

PFOS, PFOA, PFHS and PFBS were detected, but at lower concentrations than those

found in the Sep-Pak cartridges. On the other hand, Taniyashu et al. [3] evaluated

Oasis HLB and Oasis-WAX columns for the extraction of PFCs. In this study, few

target perfluorinated compounds were detected in procedural blanks at a few pg/L in

the final extract. However, PFOA, PFDA and PFUnDA were still found at relatively

high concentrations. In general, the performance of these columns was comparable.

Recoveries were good (70–100%) for most compounds, but for short-chain PFCAs

recoveries using Oasis WAX-SPE cartridges were higher. Losses due to evaporation

during analysis, and adsorption to the polypropylene sample container surface as

discussed earlier were suggested causes for the lower recoveries.

2.2.2 Food and Biota Samples

Main methodologies for sample treatment and extraction for the analysis of PFAS

in food and biota are summarised in Table 1. Main sample preparation and

extraction procedures have been based on:

• Ion-pair extraction

• Solid liquid extraction (SLE)

• Alkaline digestion

• Pressurised liquid extraction (PLE)

Ylinen et al. [53] developed an ion-pair extraction procedure employing

tetrabutylamonium (TBA) counter ions for determination of PFOA in plasma and

urine in combination with gas chromatography (GC) and flame ionisation detection

(FID). Later on, Hansen et al. [35] improved the sensitivity of the ion-pair extrac-

tion approach using methyl tertiary butyl ether (MTBE) and by the inclusion of a

filtration step to remove solids from the extract making it amenable to liquid

chromatography coupled to tandem mass spectrometry (LC-MS/MS) determina-

tion. Ion-pair extraction procedure has been the basis of several procedures for biota

[49, 54–58] and food samples [50, 59, 60]. However, this method has shown to have

some limitations, such as (1) co-extraction of lipids and other matrix constituents

and the absence of a clean-up step to overcome the effects of matrix compounds and

(2) the wide variety of recoveries observed, typically ranging.
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PFOS were the isotope-labelled IS used in this study. Fromme et al. [61]

reported an SLE procedure using sonication with methanol. Extracts were cleaned

up using SPE with an anionic exchange cartridge.

Sample preparation by alkaline digestion has also been widely applied for the

analysis of PFCs in food. This procedure is based on digestion with sodium or

potassium hydroxide in methanol followed by SPE. This procedure combined with

SPE using Oasis-WAX cartridges have been applied for diverse foodstuff analysis.

Vegetables, cheese, margarine, milk, bread, strawberry jam, pork, beef, chicken,

egg, fish, canned mackerel, salmon, cod, cod liver were also analysed using alkaline

digestion followed by SPE with Oasis-WAX by Haug et al. [62]. In another study,

Jogsten et al. [63] used the alkaline digestion followed by SPE with Oasis-WAX for

the analysis of a wide variety of foodstuff including raw, grilled and fried veal, pork

and chicken, lamb liver, pate of pork liver, foie gras of duck, Frankfurt sausages,

marinated salmon, lettuce and common salt. Llorca et al. used this extraction

procedure to study the PFCs content in fish [49] and commercial baby food [10].

Modern extraction and clean-up techniques, such as pressurised liquid extraction

and microwave-assisted extraction, have almost not applied to the analysis of PFCs

yet. Llorca et al. [49] reported the development and application of a PLE method for

PFCs determination in fish. This technique provided rapid and accurately clean

extracts for sensitive analysis.

2.3 Pre-treatments, Extraction and Clean-Up for Human
Biological Samples

PFCs have been investigated in humans mainly through the analysis of whole

blood, serum, plasma and breast milk. Typical extraction procedures and clean-up

procedures based on LLE in combination with ion-pair extraction using MTBE

[64, 65] can also be used for extraction of FTOHs from plasma. Szostek and Pricket

extracted 8:2 FTOH from rat plasma with MTBE [66]. The extract was analysed

without further clean-up. Recoveries were 86–113% and the LOD was estimated at

5 ng/mL. Different approaches based on online and offline SPE. In these cases,

protein precipitation is in general required blood [37, 67], or in serum and plasma

[36, 68–70] in order to prevent clogging of the SPE columns, using trichloroacetic

acid, formic acid or acetonitrile. This step is typically followed by centrifugation to

separate the precipitates from the liquid phase. Kukyenlik et al. [71] designed an

online SPE-LC-MS/MS method in which no precipitation step was required,

thereby greatly reducing sample handling time. Only the addition of formic acid

to the sample in the vial prior to analysis was required [72, 73].

SPE strategies have been carried out using a variety of media according to the

different polarities exhibited by PFCs. Ionic perfluorocarboxylates (PFCAs) and

perfluorosulphonates (PFSAs) require moderately polar media (Oasis WAX-SPE or

methanol and acetonitrile) for efficiently trapping of water-soluble short-chain
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(C4–C6) compounds. For longer chains, less polar or non-polar SPE phases (C18

and Oasis HLB) may be applied. When an ion-pairing agent is used, that decreases

the polarity of the ion-pair complex, a non-polar solvent (MTBE) may be used.

Non-ionic PFASs may be extracted from the matrix by non-polar media (C18 SPE

or hexane). Moderate polar media (Oasis HLB and Oasis WAX-SPE, a

hexane–acetone mixture or acetonitrile) have also been applied for extraction of

non-ionic PFASs.

For certain types of samples with sample size limitations, such as cord blood,

methods based on line SPE present a series of advantages in addition to the

reduction of sample manipulation and therefore increase in robustness, based on

the need of low sample volumes. The group of Calafat [74, 75] presented a method

for the analysis of eighteen PFCs in human serum consisting in dilution with 0.1 M

formic acid and 20 min sonication followed by SPE-LC-MS/MS showing LOD in

the range between 50 and 800 ng/L. More recently, Gosetti et al. [60] presented

another online SPE method. In this approach, 1 mL of blood is required, and the

method consisted of the blood centrifugation for 10 min, then dilution of the

supernatant in acetonitrile, centrifugation 10 min. more, dilution of the supernatant

with water and methanol acidified with formic acid followed by online SPE and

ultra-high performance liquid chromatography (UHPLC)–MS/MS analysis. This

method has presented good LOD for eight PFCs, in the range between 0.003 and

0.015 ng/mL. Another method based on UPLC-MS/MS was presented by Lien et al.

[67]; in this case, the samples were processed with protein precipitation with formic

acid and methanol, followed by sonication and centrifugation, and the supernatants

were analysed by UPLC-MS/MS. The method has shown LOD between 0.05 and

1 ng/mL for the twelve PFCs.

Recently, turbulent flow chromatography (TFC) has shown a great potential for

online sample pre-treatment in the analysis of PFCs. Up to now, the use of this

technique in food and environmental analysis is scarce, but some successful

applications have been developed. Among them, the analysis of PFCs has been

carried out in cord blood and also in less invasive human samples, hair and urine. In

these works, the main advantages presented were the simplified sample preparation,

robustness and sensitivity. In addition in the case of cord blood, a low volume of

sample was required.

2.4 Qualitative and Quantitative Aspects of the Determination

Liquid chromatography-mass spectrometry (LC-MS) or liquid chromatography-

tandem-mass spectrometry (LC-MS/MS) has been in general the technique of

choice for the analysis of PFCs. Therein detailed information about the main

experimental conditions used for analysis, such as LC-MS/MS precursor-product

ion transitions, were reported.

LC separation of PFCs has been mainly carried out with C18 and C8 columns. In

spite of the wide use of RP-C18 columns for PFCs analysis, the interference
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producing the enhancement of spectral signal has been reported. RP columns with

shorter alkyl chain bonded phases (e.g., C8, C6, phenyl, phenylhexyl) also separated

the branch isomers, but to a lesser extent. To minimise the separation of branched

isomers, the authors increased the LC column temperature to 35�C or 40�C [71, 75, 76].

Taniyasu et al. [77] explored the chromatographic properties and separation of

short-chain PFAs on RP-C18 and ion-exchange columns. The results showed that

the peaks of PFPrA and PFEtS were broad and not adequately resolved whereas that

of TFA was not retained in the analytical column eluting with the solvent front. This

suggested that RP columns are not suitable for the analysis of short-chain PFAs,

especially TFA. As a proper alternative, ion-exchange columns have superior

retention properties for more hydrophilic substances enabling the analysis of

short-chain PFAs, TFA, PFPrA, PFBA, PFEtS, PFPrS and PFBS together with

several long-chain PFAs, in water samples.

Due to the complexity of the food samples, it is possible that the presence of

some compounds in the matrix interferes with analyte determination. To date, this

problem has been partially solved using LC–MS/MS. However, even when working

in LC–MS/MS, certain compounds present in the sample can affect the initial

ionisation of the analyte through what is often called ion suppression or matrix

effects.

ESI operating in the negative ion (NI) mode has been the interface most widely

used for the analysis of anionic perfluorinated surfactants. In addition, ESI has also

been optimised for the determination of neutral compounds such as the sulphonamides

PFOSA, Et-PFOSA and t-Bu-PFOS. The use of atmospheric pressure photoionisation

(APPI) has been explored in few works [78–80]. Takino et al. [78] found as the main

advantage of this technology, the absence of matrix effects, but the limits of detection

were considerably higher than those obtained by LC–ESI-MS/MS.

LC-MS/MS performed using triple quadrupole mass spectrometer (QqQ) com-

bined with multiple reaction monitoring (MRM) is one of the more widely applied

detector, aswell as, to be one of the better suited for quantification of PFCs. Nowadays

the performance of ion trap (IT) and time of flight (TOF) have been also considered for

trace quantification of PFCs. PFCs contain carboxylic, sulphonic, hydroxy or

sulphonamide group. They have acidic properties and can therefore dissociate. There-

fore, electrospray ionisation in the negative mode [ESI (-)] is best suited. LC-(ESI)-

MS/MS is the technique most widely used in food analysis, allowing limits of

detection in the pg–ng/g range. Pseudo molecular ions are formed such as [M-K]�

for PFOS (m/z 499), [M-H]� for PFOA (m/z 413) and PFOSA (m/z 498, which are

generally selected as precursor ions for MS2 experiments using ion trap and a triple

quadrupole instruments. Berger et al. [81] has presented a comparison between IT,

QqQ and TOF instruments. Tandem mass spectrometry showed excellent specificity,

but thematrix background is eliminated by the instrument, thus it cannot be visualised.

Applying TOF-MS gives an estimation of the amount of matrix left in the extract,

which could impair the ionisation performance and the high mass resolution of the

TOF-MS instrument offers excellent specificity for PFCs identification after a crude

sample injection. Recently, the analytical suitability of three different LC-MS/MS

systems: QqQ), conventional 3D ion trap (IT) and quadrupole-linear IT (QqLIT) to
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determine trace levels of PFCs in fish and shellfish was compared [82]. In this study,

the accuracy was similar in the three systems, with recoveries always over 70%.

Precision was better for the QqLIT and QqQ systems (7–15%) than for the IT system

(10–17%). The QqLIT (working in SRM mode) and QqQ systems offered a linear

dynamic range of at least three orders ofmagnitude, whereas that of the IT systemwas

two orders of magnitude. Themain advantage of QqLIT system is the high sensitivity,

at least 20-fold higher than the QqQ system. Another advantage of QqLIT systems is

the possibility to use enhanced product ion (EPI) mode and MS3 modes in combina-

tion of MRM node for confirmatory purposes of target analytes in complex matrices.

These modes were applied to assess the content of PFCs in a breast milk samples and

commercial baby food by Llorca et al. [10].

3 Sources of Food Contamination

Two main sources of food contamination can be distinguished:

• Direct environmental exposure of plants and animals and/or bioaccumulation

through the food chain

• Indirect contamination: Cooking, food packaging and food processes

3.1 Direct Environmental Exposure of Plants and Animals
and/or Bioaccumulation Through the Food Chain

One of the main inputs of PFCs in the environment is produced during their

production process. Then a series of transformations have been identified reverting

sometimes in PFOS and PFOA.

PFCs are produced via two major synthesis processes: electrochemical fluorina-

tion (ECF) and telomerisation. The ECF process was used by 3M Company from

the 1950s to 2001 to obtain perfluorooctanesulfonamide ethanols (FOSEs),

perfluorooctane sulphonamide (PFOSA) and PFOS. The FOSEs and PFOSA have

been shown to degrade abiotically [83, 84] to PFOS and PFOA as well as via biotic

degradation to PFOS. It should be pointed out that the degradation of these

compounds would only yield PFOA and not other PFCAs. The ECF process was

also used to manufacture PFOA from 1947 to 2002. In 2001, the 3M Company

announced the voluntary phase-out of its production in favour of shorter chain

length compounds. However, it has been reported that PFOS has been directly

produced in China since 2003, which may influence global emission patterns. In

contrast, the telomerisation process has been used since the 1970s for the produc-

tion of fluorotelomer alcohols (FTOHs), fluorotelomer olefins, fluorotelomer

acrylates, fluorotelomer iodides and PFCAs. FTOHs have been shown to degrade

via abiotic [85], and biotic [86] mechanisms to PFCAs. More recent research has

Perfluorinated Compounds in Drinking Water, Food and Human Samples 349



shown that the fluorotelomer olefins [87], iodides [88] and acrylates [89] may form

PFCAs via atmospheric oxidation. Compounds manufactured via the ECF process

have been shown to contain both the linear and several branched isomers [90, 91].

In contrast, compounds produced by the telomerisation process contain only the

linear isomer [92].

Following their release into the environment, PFCs can enter plants and animals

at the bottom of the food chain that are then consumed by animals higher up.

Therefore, one of the main inputs of PFCs in the food chain is the exposure of food-

producing animals or plants to these compounds via environmental routes. Spe-

cially, contamination of the water cycle has been identified as one of the major

causes of PFCs in food. Several studies report PFCs contamination in drinking

water [33, 93–96], and the removal efficiency of ionic PFCs has been shown often

very limited [44]. Non-ionic PFCs transform into the stable end products PFOS and

PFOA. Due to this reason, wastewater is one of the main influences of PFCs in the

water cycle. On the other hand, the use of sewage sludge as fertiliser and subsequent

run-off was also found to contribute significantly to the contamination of surface,

food and drinking water [33]. In addition, bioaccumulation in food chains will lead

to increased levels of PFCs in animal-derived foods. Bioaccumulation of fish has

been shown to be the main influences of PFCs in dietary exposure. Since 2006,

more than 40 studies have reported concentrations of PFCs in aquatic biological

samples and a clear picture of the global PFC contamination in aquatic biota can be

drawn from these concentration data for invertebrates, fish, reptiles, aquatic birds

and marine mammals. The majority of recent PFC biological assessment studies

were located in Asia, Europe, North America and the Arctic, although other regions

of the world, such as South America, Antarctica and Russia, are now being

investigated.

Fish, bird and marine mammal have been studied at various locations around the

world while most invertebrate work has been limited to East Asia. A few extensive

monitoring studies have been conducted such as the assessment of PFCs in fish

from 59 lakes and the Mississippi River in Minnesota, USA [97] and PFCs and

precursors in herring gull eggs from 15 colonies in the Laurentian Great Lakes,

Canada/USA [98, 99]. These extensive monitoring studies yielded highly valuable

information on the distribution and the potential sources of these chemicals over

large but specific territories. In addition, a high number of studies have reported

PFCs concentrations for regions or in species for which very little or no data existed

before, providing additional information on the environmental distribution of these

chemicals [49, 100–103].

Additional information on the exposure of aquatic wildlife to PFCs within

aquatic organisms was provided by studies of tissue distribution. For example,

analyses of ten harbour seal organs showed that PFCs tend to accumulate primarily

in blood (38% of the total PFC burden)> liver (36%)>muscle (13%)> lung (8%)

> kidney (2%)> blubber (2%)> heart (1%)> brain (1%)> thymus (<0.01%) and

thyroid (<0.01%) [104] (1982, 8.8 ng/g wwt; 2006, 36.1 ng/g wwt).

Some of these studies have related the fish consumption and human health risk

[72, 105–107]. This issue will be discussed in Sects. 4 and 5, but for example,
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Zhao et al. [105] have been calculated the hazard ratio (HR) of PFOS for fish

consumption and the risks and potential effects of PFCs to health of coastal

population in the Pearl River Delta. Due to the contamination levels of more

consumed species (mandarin fish, bighead carp, grass carp and tilapia), the authors

have concluded that the levels of PFCs in these fish species might pose an

unacceptable risk to human health.

In a market basket study in Sweden Berger et al. found that PFOS and PFOA

concentrations were below the quantification limits in composite samples of foods

of animal origin. However, predatory fish from the largest lake in Sweden had

substantially elevated levels of several PFCs. In another work, Ericson et al. [12]

studied the dietary exposure to PFCs in Spain. In this study, the dietary intake of

PFCs was estimated for different age and gender groups and was found to be on

average between 0.9 and 1.1 ng/kg bw/day for the adult male population. Fish,

followed by dairy products and meats, were the main contributors to PFOS intake

due to their bioaccumulation and biomagnification through the food chain. Similar

conclusions were reported by Berger et al. [108]. In this work, fish consumption was

identified as one of the main sources of human exposure in Sweden. Ostertag et al.

[109] estimated the dietary exposure to PFCs from traditional food among Inuit in

northern Canada. In this study, the bioaccumulation of PFCs through the food chain

and their contribution to the Inuit dietary exposure was revealed. Recently, Haug

et al. [110] explored the possible associations between concentrations of PFCs in

serum and seafood consumption. Concluding that, a significant relationship

between estimated dietary intakes and serum concentrations exist.

3.2 Indirect Contamination: Cooking, Food Packaging
and Food Processes

Food preparation is another source of contamination [27], but preliminary data on

the influence of domestic cookware on levels of PFCs in the preparation of food

indicated no elevated levels for a limited number of experiments [111]. In addition,

Del Gobbo et al. [112] reported the cooking decreases of PFCs concentrations in

fish.

Packaging may also introduce chemicals into food, for example PFCs used in

greaseproof packaging for fast foods and special packaging. In these situations,

PFCs entry into food via migration from food package [27]. Fluorochemical-treated

paper was tested to determine the amount of migration that occurs into foods and

food-simulating liquids and the characteristics of the migration [113]. Additionally,

microwave popcorn and chocolate spread were used to investigate migration.

Results indicate that fluorochemicals paper additives migrate to food during actual

package use. For example, we found that microwave popcorn contained 3.2

fluorochemical mg/kg popcorn after popping and butter contained 0.1 mg/kg after

40 days at 4ºC. Tests also indicate that common food-simulating liquids for
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migration testing and package material evaluation might not provide an accurate

indication of the amount of fluorochemical that actually migrates to food. Tests

show that oil containing small amounts of an emulsifier can significantly enhance

migration of a fluorochemical from paper.

4 Food and Drinking Water Contamination: Daily

Intakes and Safety Limits

The characterisation of health hazards of food contaminants, the assessment of the

occurrence of undesirable compounds in food and the estimation of the dietary

intake are key issues in the risk assessment. In 2000, the European Commission

published a White Paper on Food Safety, which underlined the importance of

ensuring the highest possible standards of food safety and proposed a new approach

to achieve them. Recently, PFCs have gained increased scientific and socioeco-

nomic interest as emerging environmental contaminants due to the unique combi-

nation of persistence, toxicity and environmental prevalence. Risk assessment of

the dietary exposure to PFCs, however, is hampered by the lack of sufficient data

about the occurrence of these contaminants in food.

A growing number of studies report on the occurrence of PFCs in food. The

outcome of these studies has been related to potential dietary intake and exposure

levels (mainly by the estimation of the daily intake). Most selected examples from

the literature can be seen in Table 2. It is important to remark that PFOS and PFOA

tend to bind to certain proteins rather than bioconcentrate in fat, but they have also

some potential to bioaccumulate in the food chain.

In the next sections, data published about the presence of PFCs in drinking water

and food will be revised. Special attention will be paid to fish contamination since it

has been well documented that PFCs may accumulate in fish and this accumulation

tends to increase with increasing chain length [114–116]. Therefore, fish are an

important dietary source of PFCs for humans. In addition, a revision of daily intakes

and safety limits are reported.

4.1 Drinking Water Contamination

During the last decade, several studies have reported the concentrations of PFCs

found in drinking water worldwide. Table 3 presents a summary of detected

compounds and the ranges of concentrations reported during the last years.

In Asia, Saito et al. [117] reported concentrations of PFCs in drinking water from

areas with known PFC sources; their results ranged between 5.4 and 40.0 ng/L for

PFOS. For PFOA, the concentrations ranged between 1.1 and 1.6 ng/L, while in

areas with no known sources, concentrations ranged from <0.1 to 0.2 ng/L for
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PFOS and from 0.1 to 0.7 ng/L for PFOA. Takagi et al. [86] analysed PFOS and

PFOA in raw and tap water samples collected from 14 drinking water treatment

plants in winter and summer seasons in Osaka. Concentration ranges of PFOS and

PFOA in raw water were 0.26–22 ng/l and 5.2–92 ng/l, respectively. Whereas the

concentrations PFOS in raw water from Osaka were similar to those in other areas

in Japan, the concentrations of PFOA were higher than in other areas. Concentra-

tion ranges of PFOS and PFOA in potable tap water were 0.16–22 ng/l and

2.3–84 ng/l, respectively. There were positive correlations between PFC

concentrations in raw water and tap water samples. Therefore, the removal effi-

ciency of PFCs by the present water treatment may be low and their occurrence in

waters high. Kunacheva et al. [118] have evaluated tap water in Bangkok and

bottled water. The average PFOS and PFOA concentrations in tap water were 0.17

and 3.58 ng/L, respectively. PFOS and PFOA were not similarly distributed in all

areas in the city. PFCs concentrations were higher in bottled water than in tap water.

But according to the guideline from the New Jersey Department of Environmental

Protection, PFOA concentrations in tap water and bottled water found in Bangkok

were not expected to cause any health risks. Yim et al. [119] developed a sensitive

analytical method for the analysis of 20 PFCs, including several short-chain PFCs, for

their quantification in tap water collected in China, Japan, India, the United States and

Canada between 2006 and 2008. Of the PFCs measured, PFOS, PFHxS, PFBS,

PFPrS, PFEtS, PFOSA, N-EtFOSAA, PFDoDA, PFUnDA, PFDA, PFNA, PFHpA,

PFHxA, PFPeA, PFBA and PFPrA were found at detectable concentrations in the tap

water samples. The water samples from Shanghai (China) contained the greatest

concentrations of total PFCs (arithmetic mean ¼ 130 ng/L), whereas those from

Toyama (Japan) contained only 0.62 ng/L. In addition to PFOS and PFOA, short-

chain PFCs such as PFHxS, PFBS, PFHxA and PFBA were found to be prevalent in

drinking water. However, according to the health-based values (HBVs) and advisory

guidelines derived for PFOS, PFOA, PFBA, PFHxS, PFBS, PFHxA and PFPeA by

the U.S.EPA and the Minnesota Department of Health, tap water may not pose an

immediate health risk to consumers. In a recent study [120], the concentrations of 10

PFCs were investigated in the Hun River, four canals, ten lakes, and influents and

effluents from four main municipal wastewater treatment plants (WWTPs) in

Shenyang, China. Mass flows of four main PFCs were calculated to elucidate the

contribution from different sections of the Hun River. PFO) and perfluorohexanoic

acid (PFHxA) were the major PFCs in the river, with ranges of 2.68–9.13 ng/L, and

2.12–11.3 ng/L, respectively, while PFOS was detected at lower levels. The PFC

concentrations in the Hun River increased after the river passes through Shenyang

and Fushun cities. The concentrations of PFCs in four urban canals were higher than

those in the river. Total PFCs in ten lakes from Shenyang were at low levels, with the

greatest concentration (56.2 ng/L) detected in a heavily industrialised area. The PFC

levels in WWTP effluents were higher than those in surface waters with

concentrations ranging from 18.4 to 41.1 ng/L for PFOA, and 1.69–3.85 ng/L for

PFOS. Similar PFC profiles between effluents from WWTPs and urban surface

waters were found. Finally, it was found that the composition profiles of PFCs in

surface waters were similar to those in tap water, but not consistent with those in adult
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blood from Shenyang. The calculation on total daily intake of PFOS by adults from

Shenyang showed that the contribution of drinking water to human exposure was

minor [120].

In a recent study in Australia, Thompson et al. [121] assessed the exposure to

PFCs via potable water in Australia. Sixty-two samples of potable water were

collected from 34 locations across Australia, including capital cities and regional

centre. PFOS and PFOA were the most commonly detected compounds, and

quantifiable levels were found in 49% and 44% of all samples, respectively. The

maximum concentration in any sample was seen for PFOS with a concentration of

16 ng/L, second highest maximums were for PFHxS and PFOA at 13 and 9.7 ng/L.

Assuming a daily intake of 1.4 and 0.8 ng/kg b.w. for PFOS and PFOA the average

contribution from drinking water was 2–3% with a maximum of 22% and 24%,

respectively.

In EEUU, the Bureau of Safe Drinking Water (BSDW) initiated a preliminary

occurrence study in July 2006 to determine whether PFOS and PFOA could be

found in detectable concentrations in raw and treated public water systems through-

out the state of New Jersey (USA). Five out of 23 public water samples showed non-

detectable levels of PFOA. Detected and quantifiable levels were found in15

samples with values ranged from 4.5 to 39 ng/L. Additionally, three samples

showed levels of PFOA that were detected but not quantified (<4 ng/L). Ten out

of 23 water samples collected from public water systems showed non-detectable

levels of PFOS. In seven samples, PFOS concentration could be quantified and

varied between 4.2 and 19 ng/L. Six samples showed levels of PFOS but could not

be quantified (<4 ng/L) (New Jersey Department of Environmental Protection

Division of Water Supply 2007). Emmett et al. [122] published their investigations

on PFOA contamination of drinking water in the surroundings of a fluoropolymer

production site in Washington, West Virginia (USA). The public water supply of

Little Hocking, Ohio, draws water from wells across the Ohio River and showed the

highest PFOA concentrations reported in drinking water of public water supplies

(mean, 3,550 ng/L; range, 1,500–7,200 ng/L).

In Europe, a relevant study was performed by Skutlarek et al. [33]. In this study,

drinking water samples were analysed in a contaminated area of the Ruhr and

Moehne catchment (Germany). The highest values found were at Neheim, and the

PFOA levels found were 519 ng/L, followed by PFHpA (23 ng/L) and PFHxA

(22 ng/L). The concentration level measured in the tap water was 767 ng/L for the

sum of PFCs analysed. These values were comparable to the levels in water from

the Moehneriver that served as a water supply. After detection of PFOA in drinking

water at concentrations up to 0.64 mg/l in Arnsberg, Sauerland, Germany, the

German Drinking Water Commission (TWK) assessed PFCs in drinking water

and set for the first time worldwide in June 2006 a health-based guide value for

safe lifelong exposure at 0.3 mg/l (sum of PFOA and PFOS). PFOA and PFOS can

be effectively removed from drinking water by percolation over granular activated

carbon. Additionally, recent EU-regulations require ***phasing out use of PFOS

and ask to voluntarily reduce the one of PFOA. In July 2006, the waterworks of

Moehnebogen installed activated charcoal filters, which efficiently decreased PFC
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concentration in drinking water. Recently, the internal exposure of the residents of

this area has been published [123], showing that PFOA levels in blood and serum

were 4.5–8.5 times higher than those of the reference population. After installation

of activated charcoal filters in the waterworks, PFOA concentrations in Arnsberg

were significantly reduced. However, during the study period, filtration perfor-

mance declined and PFOA concentrations in tap water samples increased from

below the LOD to 71 ng/L. Other studies performed in Europe reported values for

tap water with values less than 10 ng/L. Loos et al. [96] have investigated PFHpA,

PFOA, PFOS, PFNA, PFDA, PFUnA and PFDoA in which tap water that originated

from Italy’s Lake Maggiore. In this study, all the investigated compounds were

detected, with concentrations ranging from 0.1 to 9.7 ng/L. The highest values were

9.7 ng/L for PFOS, 2.9 ng/L for PFOA and 2.8 ng/L for PFDoA. Ericson et al. [93]

analysed 14 PFCs in drinking water (tap and bottled) from Spain. The bottled water

samples from four commercial companies, whose water spring has different

origins, were purchased from a supermarket. Highest values were from Valls

sampling site with levels; PFHpA (3.02 ng/L), PFOS (0.44 ng/L) and PFOA

(6.28 ng/L). The samples of bottled water contained some PFCs at levels that

corresponded to the lowest values observed in tap water.

Although PFCs have been detected in tap water worldwide, very few studies

have examined their fate, especially removal in drinking water treatment processes.

Takagi et al. [124] studied the concentrations of PFOS and PFOA at every stages of

drinking water treatment processes in several water purification plants that employ

advanced water treatment technologies. The authors have found that PFC

concentrations did not vary considerably in raw water, sand filtered water, settled

water and ozonated water. Sand filtration and ozonation did not have an effect on

the removal of PFOS and PFOA in drinking water. PFOS and PFOA were removed

effectively by activated carbon that had been used for less than one year. However,

activated carbon that had been used for a longer period of time (>1 year) was not

effective in removing PFOS and PFOA from water. In addition, variations in the

removal ratios of PFOS and PFOA by activated carbon were found between

summer and winter months.

4.2 Fish Contamination

Among PFC fish contaminants, PFOS is the most crucial and prominent compound.

Reports suggest no considerable differences in PFC concentrations among fresh-

water and marine fish species. PFOA is the second most frequently detected PFCs

in fish, but it has been shown that PFOA is detected at much lower concentrations

than is PFOS. Quantifiable concentrations of PFOA were detected in lake trout

[125, 126], rainbow smelt, and alewife, with concentrations ranging from 0.16 to

6.8 ng/g wet weight (wwt). The difference between the observed PFOS and PFOA

concentrations in fish suggests a lower potential of PFOA to bioaccumulate in fish

as compared to PFOS. This observation was further confirmed by laboratory
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experiments, which revealed a 1,000-fold lower bioconcentration factor for PFOA

compared to PFOS [114, 127]. A restricted number of studies also reported other

PFCs and lower concentrations than PFOS were found. For example, Ye et al. [128]

detected PFHxS at a maximum concentration of 1.89 ng/g wwt in a mixture of

whole fish in the Missouri River, USA. Concentrations of the other PFCs analysed

in this study were found in median concentration of 3.71 (PFHxA), 0.82 (PFDA)

and 0.36 ng/g (PFHxS) wwt. Martin et al. [126] detected relatively high

concentrations of the longer chain PFCs in fish collected from Lake Ontario,

Canada. The highest concentration of these PFCs was 8.3 ng/g wwt for PFUnA.

These authors concluded that individual PFCs were generally detected at lower

concentrations than were PFOS, and total PFOS equivalents (PFOS and PFOSA)

exceeded the sum of all PFCs by a factor of between 1.8 and 12 within each species

analysed. Tomy et al. [14] have detected a relatively high mean concentration

(92.8 ng/g wwt) of N-ethyl perfluorooctane sulphonamide in Arctic cod, ranging

between 9.6 and 144.6 ng/g wwt. Since transformation of N-EtPFOSA to PFOS and

PFOSA by rainbow trout microsomes has been reported [129], N-EtPFOSA is an

important compound to measure in biota and in human samples. Berger et al. [108]

analysed PFCs in muscle tissue from edible fish species caught in the second largest

freshwater lake in Sweden, Lake V€attern, and in the brackish water Baltic Sea.

Again, PFOS was the predominant PFAS found. PFOS concentrations were higher

in Lake V€attern (medians 2.9–12 ng/g fresh weight) than in Baltic Sea fish (medians

1.0–2.5 ng/g fresh weight). Moreover, Lake V€attern fish was more contaminated

with several other PFAS than Baltic Sea fish. This may be due to anthropogenic

discharges from urban areas around Lake V€attern. The PFAS pattern differed

between Lake V€attern and Baltic Sea fish, indicating different sources of contami-

nation for the two study areas. Human exposure to PFOS via fish intake was

calculated for three study groups, based on consumption data from literature. The

groups consisted of individuals that reported moderate or high consumption of

Baltic Sea fish or high consumption of Lake V€attern fish, respectively. The results

showed that PFOS intake strongly depended on individual fish consumption as well

as the fish catchment area. Median PFOS intakes were estimated to 0.15 and

0.62 ng/kg body weight (bw)/d for the consumers of moderate and high amounts

of Baltic Sea fish, respectively. For the group with high consumption of Lake

V€attern fish, a median PFOS intake of 2.7 ng/kg bw/d was calculated. Fish

consumption varied considerably within the consumer groups, with maximum

PFOS intakes of 4.5 (Baltic Sea fish) or 9.6 ng/kg bw/d (Lake V€attern fish).

These results suggested that fish from contaminated areas might be a significant

source of dietary PFOS exposure. However, some controversial results were

obtained by Nania et al. [130] In this study, the objective was to evaluate the

contamination levels of PFOS and PFOA in edible fish of the Mediterranean Sea.

Twenty-six fish muscles, 17 fish livers, five series of cephalopods (each composed

of ten specimens) and thirteen series of bivalves (each composed of about 50

specimens) were used for the investigation. The results showed PFOA and PFOS

levels in fishes and molluscs lower than those reported for analogue matrices in

different geographic areas. According to their results, no relation can be established
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between water contamination levels and posterior levels found in sea food. In

another work, Llorca et al. [49] analysed eight PFCs in fish samples from Mediter-

ranean Sea. The result of this study showed higher concentrations than those

reported by Nania [130]. The results from Nania study also disagree with a recent

study carried out under laboratory controlled conditions. To among organisms

studied, none of the bivalves accumulated PFCs, and contrarily, insect larvae,

followed by fish and crabs contained levels ranging from 0.23 to 144 ng/g wwt of

PFOS, from 0.14 to 4.3 ng/g wwt of PFOA, and traces of PFNA and PFHxS.

Haug et al. [62] have studied the possible associations between concentrations of

PFCs in serum and consumption of food with particular focus on seafood, and to

compare estimated dietary intakes with determined serum PFC concentrations. In

this study, the concentrations of 19 PFCs were determined in serum from 175

participants in the Norway. Associations between estimated individual total dietary

intakes of PFCs and serum concentrations were also explored. PFC concentrations

in serum were significantly associated with the consumption of lean fish, fish liver,

shrimps and meat, as well as age, breastfeeding history and area of residence.

Although several authorities recommend not eating fish liver because of the risk

associated with high intake of persistent organic pollutants (POPs), fish liver

(and oil) is still consumed. It should be pointed out that PFC levels in liver are at

least two orders of magnitude higher than in muscle tissue [130]. In Japan,

concentrations of total PFCs in skipjack tuna livers ranged from <1 to 83 ng/g

wwt [131]. PFOS and PFUnA were the prominent compounds.

Similar to fish, PFOS is the dominant PFC found in aquatic invertebrates such as

shrimp, mussels, clams and oysters [132, 133]. A few papers report on PFC levels in

bivalves. Concentration ranging from 1 to 6.0 ng/g wwt) in oysters were reported

from the Ariake Sea [134] and China [133], respectively. Cunha et al. [135]

measured high concentrations of PFOS in mussels from several estuaries in the

North of Portugal. PFOS was detected in all the samples analysed, and the

concentrations were ranging 36.8 to 126.0 ng/g wwt. In a more recent work,

Nania et al. [130] found higher PFOA than PFOS in clam but comparable levels

were found in mussels, which were attributed to differences in habitat and feeding

behaviour.

Nowadays, the bioaccumulation trends of PFCs in aquatic organisms are not

clear. In general, concentrations of PFCs are expected to increase with increasing

trophic level. This trend has been observed in the Great Lakes food chain [136].

However, higher concentrations of perfluoroalkyl contaminants were reported in

lower trophic levels in seafood from China [133] and in invertebrate species from

Lake Ontario [126]. However, there are some controversial results. It is clear that

different processes are involved at the same time including sorption processes to

organic material, metabolic pathways and data continue being inconsistent and the

different sorption characteristics of the different types of PFCs should be deeper

studied.

Sorption coefficients of PFCs are relatively low for C4–C8-carboxylic acids and

increase with increasing chain length [137].
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Biomagnification of PFOS in the estuarine food chain of the Western Scheldt

estuary was observed by de Vos et al. [116] On the other hand, it is not clear

whether there is a difference between the concentrations of PFCs inedible fish from

remote versus highly industrialised or urbanised areas or not. However, Gulkowska

et al. [133] observed slightly higher PFOS concentrations in fish from the highly

urbanised and industrialised areas.

More recently, several authors studied the possible association between fish

consumption and levels of PFCs in human blood [138], as well as the evaluation

of the risk associated with fish consumption [73, 139]. In recognition of the

potential for human exposure to PFCs via fish consumption, the Minnesota Depart-

ment of Health has issued fish consumption advisories for contaminated sections of

the Mississippi River (Minnesota Department of Health 2007). This advisory

suggests that people limit their intake of fish to no more than one meal a week if

PFOS levels in fillet exceed 38 ng/g.

The provisional tolerable daily intake (TDI) values proposed by the European

Food Safety Authority (EFSA 2008) and Health Protection Agency (HPA 2009)

amount to 150 ng/kg body weight (bwt)/d and 300 ng/kg bwt/d, for PFOS and

PFOA, respectively.

4.3 Foodstuff Studies

Studies that measure PFCs in consumer food are limited. One of the first studies was

carried out in EEUU and 3M sponsored it. The study measured PFOA, PFOS and

PFOSA in individual food samples including green beans, apples, pork, milk,

chicken, eggs, bread, hot dogs, catfish and ground beef [140]. Most samples had

levels below the LOD (0.5 ng/g for all chemicals). The highest level of PFOA

(2.35 ng/g wwt) was detected in an apple purchased in Decatur, Alabama, the

location of a 3M PFOA production plant. The highest level of PFOS (0.85 ng/g

wwt) was from milk purchased in Pensacola, Florida. More recently, in another

study, PFCs were evaluated among other POPs in composite food samples from

Dallas, Texas. The pattern of detection of PFCs varied significantly in this study

compared with the previous ones. In previous studies, typically the most commonly

detected PFC was PFOS, whereas in the study performed by Schecter [107], PFOS

did not exceed the LOD, from 0.01 to 0.5 ng/g wwt, in any samples, which is

perhaps not surprising because it has been off the market since 2002. Instead, PFOA

was found to exceed the LOD in 17 of 31 samples, with highest levels in butter

(1.07 ng/g wwt) and olive oil (1.8 ng/g wwt). The relatively high levels of PFOA

detected in the Schecter study might be attributed to the materials used in the

processing and packaging of the food. Some food packaging materials contain trace

amounts of PFOA, and PFCs have been shown to migrate from packaging materials

into food oils [113]. In Canada, a study of chemical contamination of food collected

from 1992 to 2004 as part of the Canadian Total Diet Study was conducted. In this

Canadian study, the evaluation of PFOS and PFOA was included [27]. PFOA was
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detected at the highest levels in microwave popcorn (3.6 ng/g wwt) and roast beef

(2.6 ng/g wwt), and PFOS was detected at the highest levels in beefsteak (2.7 ng/g

wwt) and saltwater fish (2.6 ng/g wwt). PFNA was detected in the beefsteak sample

(4.5 ng/g wwt). LODs for PFCs ranged from 0.4 to 5 ng/g wwt. In a later study,

Ostertag et al. [141] assessed the dietary exposure to PFCs from the consumption of

store-bought and restaurant foods for the Canadian population. PFCs were detected

in processed meats, pre-prepared foods, and peppers with a range of concentrations

from 0.48 to 5.01 ng/g wwt. 6:2 fluorotelomer unsaturated carboxylate (FTUCA)

was detected in cold cuts at a concentration of 1.26 ng/g. Mean daily PFC exposure

estimates ranged from 1.5 to 2.5 ng/kg bwt). Perfluorinated carboxylates have been

shown to contribute more to PFC exposure than PFOS or FTUCA. Total PFCAs in

cakes and cookies, lunch meats and green vegetables were the main contributors to

dietary exposure, although these exposure levels were below the provisional toler-

able daily intake provided by the German Drinking Water Commission. Dietary

exposure to total PFCs has not changed over time, although the contribution of

PFOS to total PFC exposure may have increased between 1998 and 2004. Under the

light of these results, the authors have concluded that further research on the sources

of contamination of processed and prepared foods is required, but the dietary

exposure to PFCs among Canadians poses minimal health risks based on current

toxicological information.

Daily dietary intake of nine PFCs, including PFOS and PFOA, was assessed in

matched daily diet duplicates [142]. Diet samples were collected in year 2004 from

20 women in Osaka and Miyagi, Japan. Only PFOS and PFOA were detected in the

diet samples without observing significant difference between cities. After adjusted

by water content, diet concentration of PFOA was significantly higher in Osaka.

The median daily intake calculated using the measured diet concentrations was

1.47 ng PFOS/kg bw. and 1.28 ng PFOA/kg bw. for Osaka, and 1.08 ng PFOS/kg

bw., and 0.72 ng PFOA/kg b.w., for Miyagi.

In Europe, one of the first studies was carried out by the U.K. Food Standards

Agency published results of PFC analysis in food collected from the 2004 Total

Diet Study [26]. PFOS exceeded the LOD in potatoes, canned vegetables, eggs,

sugars and preserves, with highest levels detected in potatoes (10 ng/g wwt),

including fresh potatoes as well as potato chips, French fries and hash browns,

whereas PFOA was detected only in potatoes (1 ng/g wwt). Fromme et al. [61] have

conducted a study in Germany to quantify the dietary intake of PFOS, PFOA,

PFHxS, PFHxA and PFOSA using 214 duplicate diet samples and to estimate

individual intakes based on blood levels of PFOS and PFOA. The median (90th

percentile) daily dietary intake of PFOS and PFOA was 1.4 ng/kg bw (3.8 ng/kg

bw) and 2.9 ng/kg bw (8.4 ng/kg bw), respectively. PFHxS and PFHxA were

detected only in some samples above detection limit with median (maximum)

daily intakes of 2.0 ng/kg b.w. (4.0 ng/kg b.w.) and 4.3 ng/kg b.w. (9.2 ng/kg b.

w.), respectively. Because PFOSA could not be detected above, the limit of

detection of 0.2 ng/g f.w indicating that this indirect route of exposure is of less
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significance. Another study examined dietary intake of PFCs has been estimated for

various age/gender groups of the population of Tarragona (Catalonia, Spain) [12],

during 2006. PFC levels were determined in 36 composite samples of foodstuffs

randomly purchased in various locations. PFOS, PFOA and PFHpA were the only

detected PFCs in foodstuffs. The most commonly detected PFC was PFOS, in 24 of

36 samples, with the highest levels in an uncooked bluefish composite sample

(0.654 ng/g wwt), which included salmon, sardines and tuna. PFOA was found

only in whole milk, at relatively low levels (0.055 and 0.058 ng/g wwt). On

average, for a standard adult man (70 kg of body weight), the dietary intake of

PFOS was estimated to be 62.5 or 74.2 ng/day (assuming ND ¼ 0 or ND ¼ 1/2

LOD, respectively). Fish, followed by dairy products and meats, were the main

contributors to PFOS intake. Haug et al. [110] have studied the levels in food and

beverages and daily intake of perfluorinated compounds in Norway. Up to 12

different PFCs were detected in the samples. PFOS and PFOA were found in

concentrations similar to or lower than what has been observed in other studies

worldwide. Differences in the relative proportion of PFOA and PFOS between

samples of animal origin and samples of non-animal origin were observed and

support findings that PFOS has a higher bioaccumulation potential in animals than

PFOA. Based on these results and consumption data for the general Norwegian

population, a rough estimate of the total dietary intake of PFCs was found to be

around 100 ng per day, and PFOA and PFOS contributed to about 50% of the total

intake. The estimated intakes of PFOS and PFOA in this study were lower than

what has been reported in previous studies from Spain, Germany, United Kingdom,

Canada and Japan. In a recent study, Noorlander et al. assessed the levels of PFCs in

food and dietary intake of PFOS and PFOA in the Netherlands. In this study

according to the typical diet in the Netherlands, the main contributors to PFOS

and PFOA were identified. For both cases drinking water was a relevant factor.

Important contributors of PFOA intake were vegetables/fruit and flour, whereas

milk, beef and lean fish were important contributors of PFOS intake.

Several PFCs have been detected in human blood from populations in North and

South America, Asia, Australia and Europe [48, 67, 143–146]. Different studies in

Europe showed that PFOS is one of the more frequent compound present in human

blood [48, 147], and the highest PFOS concentrations were found in Poland,

followed by Belgium, being comparable to Sweden, with lowest concentrations in

Italy [37]. These results indicate differences in exposure across Europe. However,

the sources and pathways of human exposure to PFCs are currently not well

understood [27]. The wide variety of industrial and consumer applications leads

to numerous possibilities for release of PFCs into the environment and subsequent

exposures to humans via environmental routes and media. However, the relative

uniform distribution of blood concentrations of PFCs in children and the majority of

adult populations points to a common major source, possibly food.
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5 Human Bioaccumulation

Bioaccumulation is generally referred to as a process in which the chemical

concentration in an organism achieves a level that exceeds that in the respiratory

medium (e.g., water for a fish or air for a mammal), the diet, or both. The extent to

which chemicals bioaccumulate is expressed by several quantities, including the

bioconcentration factor (BCF), bioaccumulation factor (BAF), biomagnification

factor (BMF), and trophic or food web magnification factor (TMF) [6]. The

ecological, biological and chemical parameters involved in the transfer and accu-

mulation of contaminants in food webs are complex.

Since the toxicological effects of PFCs have been mainly associated with early

stages of development, during the last years a great effort has been paid to elucidate

human exposure and accumulation and especially infant exposure, because it is a

sensitive population. K€arman et al. [9] studied occurrence and levels of PFCs in

human milk in relation to maternal serum together with the temporal trend in milk

levels between 1996 and 2004 in Sweden. In this study, PFOS and PFHxS were

detected in all milk samples at mean concentrations of 0.201 ng/mL and 0.085 ng/mL,

respectively. On the other hand, the total PFC concentration in maternal serum was

32 ng/mL, and the correspondingmilk concentration was 0.34 ng/mL. The PFOSmilk

level was on average 1% of the corresponding serum level. Therefore, a strong

association was found between increasing serum concentration and increasing milk

concentration for PFOS (R2 ¼ 0.7) and PFHxS (R2 ¼ 0.8). According to these

results, the calculated total amount of PFCs transferred by lactation to a breast-fed

infant in this study was approximately 200 ng/day. These values were much higher

than those reported by Tao et al. [148] in a study performed with breast milk samples

collected in 2004 from Massachusetts, USA. In this study, PFOS and PFOA were

again the predominant compounds, but mean concentrations for PFOS and PFOA

were 131 and 43.8 pg/mL, respectively. In another work, the same group studied the

PFCs occurrence and concentrations in several Asian countries. Median

concentrations of PFOS in breast milk from Asian countries varied significantly;

the lowest concentration of 39.4 pg/mL was found in India, and the highest concen-

tration of 196 pg/mL was found in Japan. The measured concentrations were similar

to or less than the concentrations previously reported from Sweden, the United

States, and Germany (median, 106–166 pg/mL). PFHxS was found in more than

70% of the samples analysed from Japan, Malaysia, Philippines and Vietnam, at

mean concentrations ranging from 6.45 (Malaysia) to 15.8 (Philippines) pg/mL.

PFOAwas found frequently only in samples from Japan; the mean concentration for

that country was 77.7 pg/mL. V€olker et al. [149] carried out a pilot study to assess

PFCs in breast milk from donors living in Germany and Hungary. PFOS was

quantified in all the 70 samples. The concentration in samples from Germany ranged

between 28 and 309 ng/l (median: 119 ng/l). Samples from Hungary showed

significantly higher PFOS concentrations (median 330 ng/l, range 96–639 ng/l). In

only 11 of the 70 samples (16%), PFOA reached the LOQ (200 ng/l); values for

PFOA ranged from 201 to 460 ng/l. In another study, Nakata et al. assessed the
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concentrations of PFCs in Japanese breast milk. Again relatively high levels were

detected, which ranged over 0.046–0.098 ng/mL for PFOS and over 0.016–0.270 ng/

mL for PFOA. In addition, human milk and maternal plasma collected from the same

donor were analysed. As a result, the concentration of PFCs in human milk and

maternal plasma showed significant correlations for PFOS. Fromme et al. [121]

assessed pre- and postnatal exposure to PFCs in Germany. In this study, PFCs were

investigated in maternal blood during pregnancy (at two time points) (n ¼ 40 and 38)

and 6 months after delivery (n ¼ 47), in cord blood (n ¼ 33) and in blood of infants

six (n ¼ 40) and nineteen months (n ¼ 24) after birth, and monthly in breast milk

samples. Concentrations in maternal serum ranged from 0.5 to 9.4 mg/L for PFOS and

0.7 to 8.7 mg/L for PFOA. In cord serum, the values ranged from 0.3 to 2.8 mg/L and

from 0.5 to 4.2 mg/L for PFOS and PFOA, respectively. The median results from

serum at six and nineteen months of age were 3.0 and 1.9 mg/L for PFOS and 6.9 and

4.6 mg/L for PFOA, respectively. In breast milk samples, PFOS ranged from<0.03 to

0.11 mg/L (median: 0.04 mg/L), while PFOAwas detected only in some samples*** it

was were all other PFCs. These results revealed that although the concentrations in

breast milk were low, this intake led to a body burden at the age of six months similar

to PFOS, or higher than PFOA that found in adults. In Spain, concentration in breast

milk reported by Llorca et al. [10] PFOS, and perfluoro-7-methyloctanoic acid (i,p-

PFNA) was predominant being present in the 95% of breast milk samples. PFOAwas

quantified in 8 of the 20 breast milk samples at concentrations in the range of 21–907.

ng/L. Recently, Kim et al. studied the distribution of perfluorochemicals between sera

andmilk from the samemothers and implications for prenatal and postnatal exposures

[150]. In this work [151], the levels of six perfluorocarboxylates, four perfluoroalkyl

sulfonates and one sulphonamideweremeasured in paired samples ofmaternal serum,

umbilical cord serum and breast milk. Good correlation was found between the

maternal and cord sera for all measured compounds. Nevertheless, there was a

significant difference in compound composition profile between the two seramatrices,

with a more depletion of the longer chain compounds in cord serum. The transfer

efficiency values frommaternal to cord serum decreased by 70%with each increasing

unit of -CF2 chain within a PFCA group, and for PFOS, by a half compared to PFOA.

In contrast to the strong correlation in concentrations between the two sera matrices,

the pattern of compounds in breast milk differed considerably with those in sera.

Accordingly, compound- and matrix-specific transfer must be considered when

assessing prenatal and postnatal exposure.

In conclusion, in spite the levels of PFCs are in general below the maximum

limits recommended, a strong contribution can be found during early stages of life.

Transplacental exposure to PFCs is not yet well understood; however, most of the

authors found a strong correlation between serum samples and breast milk.

In addition to these studies devoted to assess infant and early exposures to PFCs,

other human samples have been analysed in order to assess the presence of PFCs in

different human fluids and tissues including human liver [8], hair and urine [152].
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6 Safety Limits, Exposure and Risk Assessment

Human exposure to PFCs is likely to occur via a number of vectors and routes, for

example food, drinking water, the ingestion of non-food materials, dermal contact

and inhalation. Circumstantial factors such as place of residence, age, nature of

PFCs vector, may also influence exposure. For example, according to Tittlemier

et al. [27], food seems to represent the major intake pathway of PFAS in adult

Canadians; however, house dust, solution-treated carpeting and treated apparel

might contribute a non-negligible 40% to the overall exposure.

In Europe, the first studies of per- and polyfluorinated compounds in air samples

were reported in the framework of the Perforce project. The anionic compounds

were in general only found in the particulate phase, with PFOA often the predomi-

nant analyte. Therefore, it is possible that non-volatile ionic compounds might

directly undergo atmospheric transport on particles from source regions. The levels

of ionic PFAS at a rural Norwegian site were significantly lower than those found in

the UK. Generally, levels of PFAS are reported to be slightly higher in urban areas

than rural sites.

Food might become contaminated during production processes and/or cooking

due to contact with treated cookware that can release PFCs. However, it must be

stressed that the data in general are insufficient to allow for a general evaluation of

the contribution of food contact materials to total dietary exposure to PFCs.

Another important route for human exposure to PFCs is drinking water, but it

must be noted that the international regulatory organisations (World Health Orga-

nization (WHO), European Union (EU)/EFSA, US EPA, etc.) have not established

safety limits yet for PFCs in drinking water. However, recently, Schriks et al. [153]

derived provisional drinking water guideline values for PFOS and PFOA of 0.5 and

5.3 mg/L, respectively, on the basis of the TDI values proposed by EFSA (2008).

In 2006, EPA and the eight major PFC manufacturing companies in the industry

launched the 2010/15 PFOA Stewardship Program, in which companies committed

to reduce global facility emissions and product content of PFOA and related

chemicals by 95% by 2010 and to work towards eliminating emissions and product

content by 2015 (http://www.epa.gov/oppt/pfoa/pubs/stewardship/index.html).

Guidelines have also been developed in Europe. The occurrence of PFCs in

surface and drinking waters of the Ruhr and Moehne area [33] caused a high

concern, in view of the possible effects on humans and the environment. Immedi-

ately after detection of high concentrations of PFOA in drinking water the German

Drinking Water Commission (DWC) of the German Ministry of Health at the

Federal Environment Agency established guide values for human health protection.

In addition, a set of measures were proposed and the local health authorities

recommended that residents in parts of Arnsberg to not use the drinking water for

preparation of baby food and advised pregnant women to avoid regular intake of

such water.
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Recently, in New Jersey, the Department of Environmental Protection devel-

oped preliminary health-based drinking water guidance for PFOA of 40 ng/L

(http://www.defendinscience.org/case_studies/upload/pfoa_dwguidance.pdf).

Most monitoring studies have focused only on PFOS and PFOA, but a few also

reported on other PFCs that appear at rather high concentrations in potable water

such as PFBS, PFDoA, perfluoropentanoic acid (PFPeA), and PFHxA [33, 96, 154].

Therefore, it is important to increase monitoring efforts with a view to setting more

comprehensive safety limits for PFCs in potable water.

The relatively high concentrations of PFCs that have been observed in drinking

water samples indicate that the common water treatment steps used do not effec-

tively eliminate perfluorinated compounds. It should be noted that the washing of

food samples with tap water may introduce an additional source of PFCs [13].

Several scientific institutions have derived TDIs from toxicological end points

by applying an uncertainty factor. The Scientific Panel on Contaminants in the Food

Chain (CONTAM) established a TDI for PFOS of 150 ng/kg bwt/d and for PFOA of

1.5 mg/kg bwt/d (EFSA 2008). The UK Committee on Toxicity of Chemicals in

Food, Consumer Products and the Environment (COT) proposed a TDI for PFOS

and PFOA of, respectively, 300 and 3,000 ng/kg bwt/d (COT 2006a,b). Further-

more, the German Federal Institute for Risk Assessment proposed a TDI of

100 ng/kg bwt/d for both PFOS and PFOA (BfR2006).

The relative importance of metabolic transformation of precursor compounds in

exposure to PFOS and PFOA has been scarcely evaluated and, to our knowledge,

the only study that afforded the problem by a Scenario-Based Risk Assessment

(SceBRA) approach estimated the relative importance of precursor-based doses of

PFOS and PFOA of 2–5% and 2–8% in an intermediate scenario and 60–80% and

28–55% in a high-exposure scenario. This indicates that these precursors are of low

importance for the general population.

In summary, for the general population, the common routes of exposure to

environmental compounds are ingestion, dermal contact and inhalation. Many

PFAS are environmentally persistent but not lipophilic; rather they have mixed

lipophobic and hydrophobic properties. The exposure scenario is complex as PFAS

have a large variety of applications. Oral exposure from materials other than food,

inhalation and dermal contact may be important exposure routes for certain

segments of the population. Dust inhalation could also be a possible source of

exposure. However, the information on concentrations of PFAS in indoor dust is

very limited and the bioavailability of the current compounds from dust is

unknown.

There are some data on PFOS and PFOA in fish and water from European

countries. However, there is a general lack of occurrence data for most foodstuffs.

This evaluation, based on food consumption patterns of the EU countries Italy, The

Netherlands, Sweden, and the UK, must be regarded as provisional while waiting

for the necessary food monitoring results to be gathered.

Fort the risk characterisation of PFOS and PFOA, the currently available infor-

mation is inadequate to characterise dietary exposure in the different regions in the

European Union.

Perfluorinated Compounds in Drinking Water, Food and Human Samples 367

http://www.defendinscience.org/case_studies/upload/pfoa_dwguidance.pdf


7 Conclusions and Future Trends

In order to assess human exposure and the risk associated with PFCs, there is a

strong need to carry out comprehensive food surveys and related studies, such as

gastrointestinal uptake studies, which are urgently required for a better understand-

ing of the contribution of food pathway to consumer exposure to PFCs. In addition,

is highly required, establishing the levels of PFCs in food and drinking water

through the complete European diets. In addition, this information has to include

a full range of PFCs, and not limited to PFOS and PFOA. The understanding of

exposures to PFCs through the diet is still in its early phase, and only relatively few

food samples have been analysed in several countries. Further studies on the

correlation between food intake and exposure, as well as food measurements, are

needed before reliable conclusions can be made on the source of dietary exposures

in humans.

The routes of indirect food contamination, during industrial cooking processes

or by packaging migration should be better studied and assessed. In this sense, few

studies have been carried out, and the comparison between the results obtained in

these studies is in general difficult since the procedures to assess migration during

packaging or cooking are not established.

In addition, other routes of human exposure are less studied, and exposure

through dust (indoor and outdoor) and inhalation is necessary, and for example,

the bioavailability of the current compounds from dust is unknown.

Transformation routes and transport of PFCs in the environment continue being

poor understood, and in these sense-specific studies are required.

There is also a well-established record that should be highlighted: the ubiquitous

presence and levels of PFOS and PFOA in human milk and blood. However,

transplacental studies to elucidate the process involving and the risks associated

with early life exposure continue being required.
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Fate and Risks of Polar Pesticides

in Groundwater Samples of Catalonia

Marianne K€ock-Schulmeyer, Antoni Ginebreda, Miren López de Alda,

and Damià Barceló

Abstract Contamination of groundwater by pesticides is a subject of growing

concern, first, because groundwater is the most sensitive and also the largest body

of freshwater in the European Union and, second, because pesticides have been

shown to be ubiquitous contaminants in this aquatic compartment. This work

presents the results of a monitoring study carried out in Catalonia (NE, Spain) to

investigate the occurrence of 22 multiclass polar pesticides in 13 different ground-

water bodies where agricultural practice is significant, between 2007 and 2010.

Results have shown a pesticide profile dominated by triazines (atrazine, simazine,

terbuthylazine), although organophosphates such as dimethoate and phenylureas

such as diuron and linuron show also an important contribution. The groundwater

quality standards set by Directive 2006/118/EC for both individual and total

pesticides levels were surpassed in several cases. The most contaminated ground-

water bodies were located in areas with intensive agricultural activity (especially

irrigated lands). Temporal trends indicate that the area known to be themost polluted

by pesticides in Catalonia (Lleida) is changing over time to better conditions,

whereas in others, pesticide pollution remains constant or slightly increases.
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1 Introduction

Groundwater, which represents 30% of the total fresh water in the world, is a

subject of national importance because it is a major source of water for agricultural

and industrial purposes, as well as for drinking water all over Europe.

In Spain, where groundwater was declared a public domain resource in 1985 [1],

more than one third of the Spanish territory contains groundwater distributed in

around 700 groundwater bodies. These groundwater bodies comprise a set of

associated aquifers, which are the major reservoirs of groundwater and are

recharged by rain, snowmelt, interchange with surface waters, and/or artificial

recharge [2].

In recent years, the growth of industry, agriculture, population and water use

has increased the stress upon both our land and water resources. Evaluation of

the impact of all these factors is very often performed through the use of indicators.

Important groundwater quality indicators are nitrate, pesticides, chloride, alkalinity,

pH-value and electrical conductivity [3]. Focusing the attention on the agricultural

sources of groundwater contamination, it is possible to identify three main sources:

pesticides, fertilisers and animal wastes. Fertilisers and animal wastes are in

this order the predominant sources of nitrogen, and by extension of nitrate [2], one

of the groundwater quality indicators. But as previously mentioned, many

other factors in addition to agriculture are responsible for the pressure put on

groundwater resources. Table 1 shows the main identified activities known to

contribute to the total chemical pressure observed in the groundwater bodies studied

in this chapter. This pressure is irregular and has a relationship with the location,

extent and distribution of the groundwater body. For example, body M21 (Detrital

Neogene of El Baix Penedès) presents an insignificant agricultural pressure but high

impact of wastewater discharges and water catchments (mainly to irrigate other

regions) that can contribute to high levels of organic contaminants in the groundwa-

ter body. Just to give an idea about the impact of irrigation, current groundwater use

in Spain amounts approximately 6,500 Mm3/year, and around 75% of it is used for

irrigation (of about 1 million hectares, which corresponds to 30% of the total

irrigated surface of the country) [1]. Groundwater catchments due to tourism also
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cause very high pressures on groundwater because of the additional water demand

arising during the summer seasons when the groundwater situation may be already

rather critical [3]. Furthermore, overexploitation of coastal aquifers has also nega-

tive effects on the quality due to salinisation caused by marine intrusion.

This and other human interventions in the hydrological cycle cause profound

effects on groundwater quantity and quality, and as a result today, 38.65% of the

groundwater bodies in the country are classified “at risk” [1].

1.1 Groundwater and Pesticides

Any pesticide is a mixture of additives and active ingredients, where the latter are the

biologically active part of the pesticide that kills or controls the pest. In Europe,

around 250 pesticides are approved for use [4] and applied in many different

contexts, not just in agriculture. In the private and the public sector, pesticides are

mainly used to control insects and to clear outdoor areas of weed vegetation, not only

in culture areas but also around railways, roads, car parks and airports, around sports

facilities, cemeteries and parks [3]. Specifically, from industrial activities, pesticides

may reach groundwater from accidents during production, storage and transport, or

through the discharge of industrial effluents or leachate from dumping sites.

For decades, the likelihood of groundwater contamination by pesticides was

largely ignored [2], but today, the deterioration of the groundwater quality in

connection with the intensive uses of pesticides is clearly evident. Throughout the

years, the use of pesticides has changed from persistent organic compounds (mainly

organochlorines and organophosphates), due to their obvious bad consequences to

human and environmental health, to less persistent but more polar and water soluble

compounds, characteristics that make them great candidates for groundwater

contamination.

Table 1 Pressure of different activities in groundwater bodies of Catalonia (NE Spain)

Intensive 
agriculture

Code

M6 L’Empordà
La Selva

El Maresme
Detrital Neogene of El Baix Penedès
Lower Francoli
L AltCamp
Fluviodeltaic of the Fluvia - Muga
Fluviodeltaic of the Ter
Alluvial of the lower  Tordera and

Alluvial of the middle Segre
Alluvial of the lower Segre
Alluvial of Urgell

delta

Alluvial of El Vallès
M14
M16
M18
M21
M24
M25
M32
M33
M35

M46
M47
M48

Groundwater bodies Ornamental
and plant
nurseries

Cattle
manure

Water
catchment

Urban and
industrial
areas

WWTP
discharges

Industrial
dischargesa

ZeroLowModerateHigh

Pressure:

WWTP: wastewater treatment plant
a
Industrial discharges are usually included within those of WWTP
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On the other hand, the concentration of pesticides in groundwater depends on

many factors such as the nature of the surface to which the pesticide is applied, the

weather, the pesticide application (nature and rate), as well as on the physical and

chemical characteristics of the pesticide. In this last respect, one of the most relevant

parameters is the Groundwater Ubiquity Score (GUS). The GUS index (Gustafson,

1993) takes into account the dissipation half-life (DT1/2) – the time that it takes

for a pesticide to decrease from its original concentration to half of it – as well as the

adsorption coefficient – affinity to be retained in soil – expressed as Koc (mL/g or L/kg),

and it is a simple method for assessing pesticides leachability. High DT1/2 and low

Koc mean high probability for a pesticide to survive its journey through soil and

reach the groundwater. Hence, if GUS is>2.8, the pesticide has “high leachability”,

if GUS is <1.8, the pesticide has “low leachability”, and if 1.8 < GUS < 2.8, the

pesticide has a “transition state” [5]. This model is an empirical regression.

It incorporates only the properties of pesticides, and no information from the soil.

Therefore, GUS indicates the intrinsic mobility of pesticides. This index has been

used by many researchers, such as Milhome et al. [6], to evaluate the potential for

pesticide contamination in surface and ground waters and soils.

1.2 Legislation

Protection of water sources is critical to economic viability as well as to human and

environmental health. This has been evident for many decades, but just in the

1980s, the European Community started to adopt legislative measures to evaluate

and preserve groundwater and also to implement bans on pesticides which at first

concerned mainly persistent organochlorine compounds. Along the years, various

European Community Directives have addressed these issues in the European

Union, among them:

– Directive 80/68/EEC [7]: concerning the protection of groundwater against

pollution caused by certain dangerous substances

– Directive 91/676/EEC [8]: concerning the protection of waters against pollution

caused by nitrates from agricultural sources

– Directive 91/414/EEC [9]: concerning the placing of plant protection products

on the market

– Directive 98/8/EC [10]: of the European Parliament and of the Council

concerning the placing of biocidal products on the market.

After that, the Water Framework Directive 2000/60/EC [11] marked a change

in Community water policy establishing a list of 33 priority substances, the third

part of which are pesticides. Six years after, the Groundwater Directive 2006/118/

EC concerning the protection of groundwater against pollution and deterioration

[12] established groundwater quality standards (GQS). For pesticides, the GQS is

0.1 mg/L for individual substances and 0.5 mg/L for the sum of individual pesticides,

including their relevant metabolites and degradation and reaction products. A GQS

of 50 mg/L was also established for nitrates.
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Recently, the Commission has completed the review of existing pesticides that

were on the market before 1993. After detailed risk evaluation with respect to their

effects on humans and on the environment, only about 250 compounds, out of some

1,000 active substances, have passed the harmonised EU safety assessment [4].

In spite of the legislative measures that have progressively been adopted, many

different pesticide substances are detected in Europe’s groundwater at levels some-

times greater than the Directive 2006/118/EC maximum allowable concentration,

and the pesticides most commonly found in groundwater appear to be atrazine,

simazine and lindane [3, 13].

1.3 Analysis of Pesticides in Groundwater

There are many techniques that allow the detection of pesticides in groundwater;

however, what is now recognised as a very good technique, is one that:

– Allows detecting pesticides in the low ng/L or pg/L range

– Is compatible for a large number of compounds

– Allows analysis of compounds having a large variety of physicochemical

properties

– Is robust for the analysis of pesticides in different environmental matrices.

In this context, the extraction, cleanup and detection methods need to be in

accordance with these proposed objectives. Solid-phase extraction (SPE) has been

the most widely used technique in the last decade, not just because it allows the

extraction of pesticides efficiently but also because it integrates extraction and

cleanup in a single step. Other advantages of SPE as compared to other techniques

are the small sample and solvent volumes required and the variety of sorbents

available. A good example of the multiresidue analysis of pesticides in water is

the method described by Marı́n et al. [14] for the determination of 37 multiclass

pesticides in different environmental waters, including groundwater. Other

examples of the application of this technique to the analysis of pesticides in

groundwater can be found in [15–22]. Another advantage of SPE is the possibility

of automation. Online SPE, whose advantages and limitations have been discussed

by Rodriguez-Mozaz et al. [23], has also been used by various researchers to detect

pesticides in groundwater [24–27].

For the detection, gas chromatography (GC) [15, 18–20, 28] and liquid chroma-

tography (LC) [14–16, 21, 22, 24, 26–29] coupled with mass spectrometry (MS) or

tandem mass spectrometry (MS/MS) have been the techniques most frequently

used in the determination of pesticides in ground water. Examples of the application

of both techniques in the area of study, Catalonia, are the work of Garrido et al. [17],

who used GC-MS and GC with electron capture detection (ECD) for the analysis of

44 pesticides in groundwater samples from Catalonia and that of Kampioti et al.

[25], who used online SPE-LC-MS/MS to analyse 20 pesticides in river water and
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groundwater samples in the area of Barcelona. Nevertheless, nowadays, LC-MS/

MS is considered the technique of choice due to the already mentioned polar

character of most of the currently used pesticides and their metabolites and trans-

formation products [30].

2 Case Study: Fate of Pesticides in Groundwater of Catalonia

2.1 Introduction

Catalonia has 53 groundwater bodies, and they represent approximately 35% of

the total water resources used. The overexploitation of groundwater, especially

in coastal areas, exists side by side with clear situations of surplus. To understand

the gravity of the situation, it may be worth mentioning that all groundwater

bodies identified in Catalonia, except the water mass in the Ebro River Delta,

are catchments for human consumption (10 m3/day). Each groundwater body

comprises one or more aquifers of different natures (e.g., porous, granular type,

fissured) [31]. The chemical status of these aquifers is questionable, but not all of

them are compromised because of the agricultural activity. Figure 1 shows the

location of the various groundwater bodies, together with the results of the pressure

and impact analysis of intensive agriculture performed by the responsible water

authority, the Catalan Water Agency (ACA).

In order to ascertain the degree of accomplishment of the aforementioned

Directive 2006/118/EC in Catalonia (NE, Spain) and better characterise the nature

of the contamination of these aquifers by pesticides, a monitoring programme was

carried out on various selected hydrological units intended to be among the most

vulnerable and relevant ones because of intensive agricultural activity and use for

human consumption. The number of aquifers analysed depends more or less on the

extension of the groundwater body. For example, bodies M46 and M21 present

extensions of 18 and 72 km2, respectively, and just one and two aquifers of each

body were analysed, respectively. In contrast, body M18 (Maresme) presents an

extension of more than 400 km2, and nine different aquifers were analysed.

This chapter presents the results of this monitoring programme where 22

pesticides with relatively high GUS index were investigated in 13 groundwater

bodies. The list of target pesticides included six triazines (atrazine, simazine,

cyanazine, desethylatrazine, terbuthylazine and deisopropylatrazine), four pheny-

lureas (diuron, isoproturon, linuron and chlortoluron), four organophosphates

(diazinon, dimethoate, fenitrothion and malathion), one anilide (propanil), two

chloroacetanilides (alachlor and metolachlor), one thiocarbamate (molinate) and

four acid herbicides (mecoprop, 2,4 D, bentazone and MCPA). Table 2 provides

some chemical information (GUS index), their classification according to the target

organism, and main uses. These pesticides were selected on the basis of extent
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of use, legal requirements of the European Unit, information gathered from the

water authorities, known use in certain specific crops (i.e., rice), and amenability to

LC-MS analysis.

2.2 Sampling and Analysis

A total of 169 groundwater samples were collected from 13 different groundwater

bodies (Fig. 1) and 48 different aquifers between 2007 and 2010 (Table 3). Sampled

aquifers were mainly unconfined porous aquifers and presented a sandy and gravel

composition, with few exceptions. More details on the sampling can be found in

Postigo et al. 2010 [27].

About the analysis of pesticides, water samples were collected in amber glass

bottles and transported to the laboratory under cooled conditions (4�C). Upon
reception, samples were filtered (0.4-mm membrane filters) and then stored at

�20�C in the dark until analysis. Analysis was performed by a fully automated

multiresidue analytical method based on online SPE-LC-MS/MS [27].

16

18

21

24
25

32

33

35

46

47

48

Zero

Low

Moderate

High

groundwater:

Num.

6

14

Groundwater body code

Analysed during 4 years

Analysed during 3 years

Pressure and impact analysis
of intensive agriculture on

Fig. 1 Map showing the location of the groundwater bodies sampled in 2007, 2008, 2009, and

2010 and results of the pressure and impact analysis of intensive agriculture on the groundwater

bodies from Catalonia, as estimated by the Catalan Water Agency (ACA) – Generalitat de

Catalunya; http://www.gencat.cat/aca/
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à

1
1
7
0
5
6
-0
0
5
2

x
x

x
5
0
.1

8
7
.1

M
6

L
’E
m
p
o
rd
à
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ià

–
M
u
g
a

1
7
0
4
7
-0
0
3
5

x
x

x
x

9
.0

1
2
.4

M
3
2

F
lu
v
io
d
el
ta
ic

o
f
th
e

F
lu
v
ià
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2.3 Results and Discussion

2.3.1 Individual Pesticide Levels

The most ubiquitous pesticide was simazine, present in 80% of the samples,

followed by atrazine, diuron, DEA and diazinon, present in more than 50% of the

samples (64%, 56%, 56% and 50%, respectively). Cyanazine, molinate, fenitro-

thion and mecoprop were detected in less than 5% of the samples. The maximum

individual concentrations were observed for alachlor (9,950 ng/L in M33, 2008),

dimethoate (2,277 ng/L in M35, 2010), DEA (1,370 ng/L in M48, 2007) and linuron

(1,010 ng/L in M33, 2008), while many others, such as terbuthylazine, DIA,

atrazine and metolachlor, presented levels also higher than 500 ng/L. Results are

consistent when evaluated with the GUS index (see Table 2). Mots triazines and

metolachlor, i.e., the compounds with GUS index > 3 and therefore with higher

leaching potential, were among the most ubiquitous an abundant compounds. In

contrast, fenitrothion, which according to its GUS index (0.64) is a nonlixiviable

pesticide, was detected at low levels in less than 5% of the samples.

The environmental quality standard of 100 ng/L set for individual pesticides in

groundwaters by the Directive 2006/118/EC was surpassed in several cases. Table 3

shows the minimum and maximum total pesticide levels measured in the various

aquifer samples as well as the pesticides that exceeded the limit. As previously

mentioned, alachlor showed the highest pesticide level (9,950 ng/L in M33, 2008),

but this was its only noncompliance with the directive, whereas other compounds

such as DEA, atrazine and terbuthylazine exceeded the 100 ng/L limit in 15, 10 and

9 samples, respectively. In general, as it can be seen in Fig. 2a, the pesticide profile

was dominated by the presence of triazines, although organophosphates, such as

dimethoate, and phenylureas, such as diuron and linuron, also have an important

contribution. These overall relative concentrations represent the average of the

respective values calculated for each sampling campaign, and in their interpreta-

tion, it is important to have in mind that the number of pesticides analysed within

each family is variable (e.g., 6 triazines, 1 anilide).

Previous studies carried out in groundwater bodies from Catalonia have also

shown the presence of some of these pesticides. Garrido et al. [17] found in

groundwater samples from Catalonia collected in 1997 and 1998 significant levels

of organophosphates, such as malathion, fenitrothion, diazinon and dimethoate

(1,300, 800, 400 and 100 ng/L, respectively), and of triazines, such as atrazine

and simazine (1,100 and 150 ng/L, respectively). Quintana et al., Rodriguez-Mozaz

et al., Kampioti et al. and Teijon et al. [20, 21, 25, 32] studied the presence of

pesticides in groundwater samples collected in the Llobregat area (NE Spain) in

2000, 2002, 2003 and 2007–2008, respectively. Atrazine showed decreasing levels

with time: from 25–59 ng/L in 2000 to 7–14 ng/L in 2002, 2.3 ng/L in 2003 and

below detection limits in 2007–2008. Simazine presented the same trend with time

with levels decreasing from 25–164 ng/L in 2000 to 22–153 ng/L in 2002, 54 ng/L
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in 2003 and 3 ng/L in 2007–2008. Terbuthylazine was detected in 2000 (30–83 ng/L)

and 2003 (5.2 ng/L), but it was not detected in 2007–2008 in the Llobregat

zone.

In the Ebro river zone (NE Spain), pesticide concentrations in groundwater were

much higher than in the Llobregar river area. Hildebrandt et al. [18, 19] found in

groundwater samples collected in 2000–2001 very high levels of metolachlor

(10–2000 ng/L) and triazines (2460, 1980, 1270, 790 and 540 ng/L for atrazine,

DEA, terbuthylazine, DIA and simazine, respectively). However, 3 years later

(2004), triazines concentrations decreased dramatically, whereas metolachlor

presented levels even higher (from 2,000 to 5,370 ng/L).

Outside Spain, the profile of pesticide contamination is fairly similar. For

instance, Kolpin et al. [28] analysed pesticides in groundwater samples from the

United States and found, in samples taken in 2001, triazine concentrations between

50 and 620 ng/L. In groundwater samples collected in Portugal between 2005 and

2008, atrazine and terbuthylazine were also detected [16].

As it can be seen, triazines are very often the main contributors to the pesticide

contamination not just in Catalonia but also in Spain and other countries around the

world. Indeed, atrazine is very frequently found in groundwater samples even after

being banned in the EU due to its carryover (a generally undesirable property for

herbicides). The allowed deadline for use of atrazine was September 2005,

extended to December 2007 for special application in corn cultivation [16]. In

fact, atrazine stands out for being the triazine of greatest concern regarding ground-

water contamination because it does not break down readily (within a few weeks)

after being applied to soils.
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2.3.2 Total Pesticide Levels

Table 3 shows the minimum and maximum total pesticide concentrations found in

each aquifer between 2007 and 2010. As it can be seen, the aquifers belonging to

the groundwater bodies M48, M35, M47, and M33 showed the highest pesticides

levels and M16, M21, M18 and M6, the lowest. According to the Directive 2006/

118/EC, the quality standard of 500 ng/L set for total pesticides in groundwaters

was surpassed six times in M48, twice in M32 and M35, and once in M33.

Moreover, the percentage of aquifer stations in Catalonia with nitrate concentration

higher than 50 mg/L was 35%, 30% and 37% in 2007, 2008 and 2009, respectively

[33], highlighting the general impact of agriculture in the quality of groundwater in

Catalonia.

With the aim to better understand the source of these pesticide levels, each

groundwater body land was classified according to their use in (a) urban and

industrial, (b) woodland, (c) agricultural land without irrigation (dry) and

(d) agricultural land with irrigation. The separation between dry and irrigated

agricultural land is critical because irrigation increases considerably the possibility

of finding more contaminants in groundwater.

It may be also worth noting that natural recharge happens mainly not only due to

irrigation returns but also due to recharge by rainwater infiltration, infiltration of

rivers and infiltration of side tributaries. Figure 3 shows the relative distribution of

land according to use for each groundwater body [31]. As it can be seen, M47 and

M25 present similar profiles of land distribution if both dry and irrigated agricul-

tural lands are considered as a single classification, with more than 80% of the land
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dedicated to agriculture. Nevertheless, in M47, more than 70% of the land is

irrigated constantly, in contrast to M25, which presents 80% of dry land cultivation.

These differences are in accordance with results; in general, levels of total

pesticides in M47 are higher than in M25. Indeed, most differences between

pesticides concentrations can be justified crossing information in Table 3 with

information in Fig. 3. M47, M48 (Lleida), M33 (Girona) and M35 (Tordera-

Besòs), i.e., the groundwater bodies with the highest percentages of irrigated

agricultural land, are exactly the groundwater bodies with higher total pesticides

levels. In contrast, M16 (Sabadell-Granollers) and M21 (near Tarragona), the

groundwater bodies with the lowest total pesticides levels, are the areas with the

less irrigated lands. Only to contextualise, Lleida is well known for its agricultural

activities and Granollers for its important industrial activities.

2.3.3 Pesticides Over Time

The previous sections review the geographical distribution of pesticides in the

groundwater bodies under study, but the occurrence of pesticide over time is also

important to know more about the trends in their use and distribution. Figure 2b

shows the relative concentration of pesticides considering time. M47 and M48, the

most polluted groundwater bodies, as well as M46, M18 and M25, show generally

decreasing levels over time. This means that the Lleida area, known to be the most

polluted in Catalonia by pesticides, is changing over time to better conditions. In

contrast, M35 shows the opposite profile, with three out of six aquifers presenting

total pesticide levels higher over time. In the case of the aquifer #08110-0025, it

appears that in 2010, there was a punctual case of pollution by dimethoate that led

to levels of this compound above 2,200 ng/L. This groundwater body (M35) has just

26 km2 of extension and the most contaminated aquifers are from the low part of the

groundwater body.

Results have also shown that in some cases, the concentration of pesticides

remains fairly constant over time. This is the case of the groundwater body M21

(72 km2 of extension, near Tarragona), where the pesticide profile is the same over

time.

Nevertheless, it is not straightforward to assess the trend of pesticide use over

time since there are some other nonnegligible contributing factors that must be also

taken into consideration. Among them, the most relevant are related to water

quantity, such as the aquifer natural recharge by rainfall and the water abstraction

regime.

2.3.4 Risk

The risk of groundwater contamination by pesticides stems mainly from the use

made of aquifers for irrigation purposes, way by which pesticides can enter the food

chain, and from its use also as resource for the production of drinking water.
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According with the most recent and extensive monitoring study carried out in the

EU for assessment of the occurrence of pesticides in groundwater [13], triazines and

their degradation products (atrazine, desethylatrazine, desethylterbutylazine, sima-

zine, terbutylazine) are the most ubiquitous and abundant polar pesticides found in

aquifers. Drinking water treatment plants are not completely effective at removing

these compounds from the water phase [21, 25] and, in addition, different transfor-

mation products (TPs) can be generated during the treatment process [34]. In

general, the amounts found in drinking water of either the active pesticide

substances or the transformation products, which can also be toxic, are very low,

of just a few ng/L or lower. However, drinking water, alike food, is just one of the

various possible ways of human exposure to these compounds, and pesticides (and

their TPs) are just one class of chemical contaminants that, together with many

others that can also be present in both water and food, can exert pernicious effects

on the environment and on humans, and among which synergistic effects can occur.

In the past, the main concern with regards to the toxicological effects of pesticides

towards humans was associated to their carcinogenic and mutagenic activity, which

very often coincided in compounds with also bioaccumulation and biomagni-

fication properties. However, today, this concern goes further due to the increasing

weight of evidence on the potential of various pesticides, among them, triazines, to

exert endocrine disrupting effects [35–37].

Another example of the potential pernicious effects of pesticides upon human

health is the study conducted at the University of Colorado where researchers have

found that higher concentrations of four pesticides – atrazine, simazine, alachlor

and metolachlor – in groundwater are significantly associated with higher levels of

Parkinson disease. For every 10 mg/L increase of pesticide levels in the drinking

water, they found that the risk for Parkinson disease increased by 3%; and their

water samples had pesticide concentrations ranging from 0.0005 to 20 mg/L [38].

3 Conclusions

The presence of pesticides belonging to different chemical and functional classes in

groundwater seems to be ubiquitous especially in those areas subjected to intensive

agricultural practices, as it has been illustrated with the case study reviewed

corresponding to Catalonia (NE Spain).

Pesticide levels often exceed the requirements posed by the Ground Water

Directive (2006/118/EC), thus constituting a serious threat to ground water quality.

This becomes especially relevant in those cases in which groundwater are used as

human supply source. Of particular concern is the fact that the commercialisation of

formulations containing some of the most commonly found pesticides, such as

triazines (atrazine, simazine, etc.), lindane have been already banned in Europe.

The above described situation deserves two final comments: First of all, the need

of keeping extensive monitoring campaigns for the control of pesticides in ground-

water as the only reliable basis to assess quality status, and secondly, it must be
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once more stressed that protection of groundwater from pesticide pollution will be

only possible through a continuous environmental education effort and implemen-

tation of good agricultural practices.
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Zebrafish as a Vertebrate Model to Assess

Sublethal Effects and Health Risks

of Emerging Pollutants

Demetrio Raldúa, Carlos Barata, Marta Casado, Melissa Faria,

José Marı́a Navas, Alba Olivares, Eva Oliveira, Sergi Pelayo,

Benedicte Thienpont, and Benjamin Piña

Abstract Zebrafish is developing as a major model for assessing toxicity of

pharmaceuticals, drugs, and pollutants. Besides its applications in regulatory toxic-

ity and drug discovery, its characteristics make it a unique system to analyze

sublethal toxic effects that only can be studied applying holistic, in toto approaches.

Here, we show some of these analyses, in which complex organic systems (neuro-

nal, muscular, sensorial, digestive, thyroid), as well as the embryonic development,

show specific effects upon exposure to pharmaceuticals and several environmen-

tally relevant substances, including nanoparticles and other emerging pollutants for

which no adequate toxicological profile is still available. These analyses are

especially relevant for embryo risk evaluation, given the close similarity of the

early stages of the development in all vertebrates, including humans.

Keywords Dioxins, Environmental Pollution, Nanoparticles, Neurotoxicity,

Thyroid disrupters
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1 Zebrafish Model in Environmental Risk Assessment

Zebrafish is rapidly becoming the favorite vertebrate model organism for develop-

mental biology, drug discovery, evaluation of toxicological side effects of the

potential drugs, and ecotoxicology [1]. Small and inexpensive to maintain, a single

pair of adults breeds once a week, generating 100–200 offspring per brood, and

their husbandry costs are 100 and 1,000 times lower than those of mice or other

mammals [2]. Their ex utero development and optical clarity during embryogenesis

and early larval stages facilitate visual in vivo observation of early developmental

processes and organogenesis. These functional and morphological changes may be

observed in vivo or in whole-mount fixed specimens by using transgenic lines, vital

dyes, fluorescent tracers, antibodies and riboprobes, and fluorescent markers [3].

Zebrafish embryos grow rapidly, with the basic vertebrate body plan laid out within

24 h post-fertilization (hpf). At this stage, embryo length is around 1.9 mm, so

several embryos fit easily inside a single well of a 384-well plate [4]. The majority

of organs, including the nervous system, cardiovascular system, intestines, liver,

and kidneys, can be studied at 5 days post-fertilization (dpf), when the larva is still

only 3–4 mm in length, making assays in 96-well plate format entirely possible [2].

These organs and tissues have proved similar to their mammalian counterparts on

the anatomical, physiological, and molecular levels [3]. As larvae can live in as

little as 50 ml water, only micrograms of compounds are required for assays,

representing a major cost saving in screening entire molecule libraries [2]. Conse-

quently, zebrafish represents a unique vertebrate model for high-throughput chemi-

cal screening, making them useful for toxicological evaluation [4].

Whereas the main focus of zebrafish research has traditionally been on develop-

mental biology, observations from large-scale genetic screening allowed the identifi-

cation of mutants phenocopying diseases and developmental pathologies similar to

humans. These studies demonstrated the suitability of using zebrafish as a model of

human disease, drug discovery, and drug toxicity analyses [5]. In this context,

zebrafish is proposed as an intermediate step between single cell-based evaluation

and mammalian (and ultimately human) testing. Zebrafish tests contribute to the

prioritization of drug candidates [6], and can also be used for the selection of the

chemical concentrations to be used in further in vivo assays, thus reducing the number

and cost of mammalian studies. It is important to note that zebrafish assays done at the
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initial endotrophic nutritional period (0–120 hpf) are considered nonanimal-based

assays by Directive 2010/63/EU that actualizes the previous directive 86/609/EEC.

The same principles that led to the adoption of zebrafish as a model for discovery

and drug toxicology analyses also apply to the analysis of the toxic mechanisms and

effects of emerging pollutants. Whereas single-cell bioassays can cover only a

limited number of endpoints, the analysis of toxic effects in zebrafish embryos

provides a holistic approach, as it includes multiple aspects of the physiology,

development, and functionality of complex organic systems. A variety of assays are

available for assessing toxicity on the cardiovascular, gastrointestinal, renal, ner-

vous, thyroid, digestive or skeletal systems [2, 5]. In this chapter, we describe some

assays for detecting detrimental effects of pollutants on some of these systems,

using the whole-animal approach that the zebrafish model allows.

2 Developmental Neurotoxicity Assessment

Zebrafish embryos and larvae are exceptionally well suited for developmental

neurotoxicity studies that combine cellular, molecular, and genetic approaches.

Since zebrafish embryos and early larvae are transparent, specific neurons and

axon tracts can be visualized in vivo using transgenic lines or by injecting reporter

dyes [3]. Working at later developmental stages is also possible by using transpar-

ent zebrafish, as casper mutants. Specific types of neurons can be visualized in

fixed intact zebrafish by whole-mount immunohistochemistry (IHC) or in situ

hybridization [7, 8]. In addition, the small size of early stage zebrafish permits

performance of quantitative whole-animal assays in a 96-well microplate format for

neurotoxicity screening. The zebrafish model has been used for assessing the toxic

effect of different xenobiotics on specific cell types in the nervous systems, as

dopaminergic neurons or the mechanosensory system [7, 8].

2.1 Assessment of Effects on Dopaminergic Neurons

Drug effects on dopaminergic neurons in zebrafish can be assessed by whole-mount

immunostaining with an anti-tyrosine hydroxylase antibody [7, 8]. This enzyme

catalyzes the first step in the catecholamine biosynthetic pathway and can be used

as a biomarker for catecholaminergic neurons, including dopaminergic, noradren-

ergic, and adrenergic neurons. Although anti-tyrosine hydroxylase antibody is,

therefore, not specific for dopaminergic neurons, it has been demonstrated that all

tyrosine hydroxylase-positive neurons in zebrafish diencephalon (hypothalamus,

posterior tuberculum, ventral thalamus, and pretectum) are DA neurons [7]. By

using this approach, it has been demonstrated that DDT, dieldrin, nonylphenol and

6-hydroxydopamine strongly decrease the number of DA neurons in zebrafish

ventral diencephalon [8]. Both 1-methyl-4-phenyl-1,2,3,6-tetrahydropyridine
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(MPTP) and sodium benzoate induce a strong downregulation in the expression of

tyrosine hydroxylase mRNA and in the tyrosine hydroxylase-positive cells in the

ventral diencephalon. These chemicals also decreased the expression of the dopa-

mine transporter (DAT), a membrane transport protein involved in dopamine

reuptake, that is, a specific marker of dopaminergic neurons [9].

A new biotechnological tool has been developed to assess in vivo the effect of

chemicals and drugs on dopaminergic neurons. In the enhancer trap transgenic

zebrafish line, ETvmat2:GFP, most monoaminergic neurons are labeled with the

green fluorescent protein (GFP) during embryonic development [10]. The GFP

expression pattern of this transgenic line is identical to that of the endogenous vmat2
gene, including the large and pear-shaped tyrosine hydroxylase-positive neurons in

the posterior tuberculum of ventral diencephalon (PT). It has been found that these PT

neurons were significantly reduced after exposure toMPTP [10]. Thus, this transgenic

zebrafish line may facilitate the analysis of environmental pollutants affecting these

dopaminergic PT neurons in living transparent embryos [11].

2.2 Assessment of Effects on the Mechanosensory System:
Lateral Line

The mechanosensory systems of fish, including the lateral line, are closely related to

the mammalian hearing system [12]. Besides possessing the typical vertebrate inner

ear, fish possess the lateral line organs that contain sensory hair cells. These

analogies are most relevant in toxicology and drug discovery and evaluation, as

some of the pharmaceuticals already detected in aquatic ecosystems as emerging

pollutants affect the auditory function in humans.

The fish lateral line is composed of rosette-like structures called neuromasts,

composed of hair cells and supporting cells. Hair cells are innervated by sensory

neurons that are localized in the anterior and posterior lateral line ganglia [13]. The

function of the lateral line is mainly to allow the fish to orient relative to a water

current, to hold a stationary position in a stream, for school swimming, to detect prey,

or to avoid predators [12]. Neuromasts are located on the fish surface, with their

peripheral sensory neurons in direct contact with the surrounding water containing

pollutants. Hair cells of the neuromast can be easily stained by various fluorescent

dyes in vivo or in fixed larvae by using whole-mount immunofluorescence or whole-

mount in situ hybridization (WISH) [12, 14]. Figure 1a, c show the stereotyped

positions of the neuromasts of the anterior and posterior lateral line on the surface of

the head and body, respectively, using an in vivo labeling with DiAsp (Fig. 1a), and

immunofluorescence with fixed animals (Fig. 1c). Immunofluorescence allows the

labeling of the kinocilia (acetylated alpha-tubulin, red fluorescence in Fig. 1c, d) and

the sterocilia (actin filaments stained with phalloidin-Alexa 488, green fluorescence in

Fig. 1b, d) of the hair cells of a neuromast. The intensity of hair cell staining can be

imaged and quantified using image analysis systems, and the effects can be assessed
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for the screening of potential ototoxic pollutants [12, 15]. In a massive study, 1,040

drugs and bioactives were screened for ototoxic effects in 5 dpf zebrafish larvae by

using the vital dye YO-PRO1, and 21 compounds were identified as ototoxic, includ-

ing aminoglycosides (tobramycin, neomycin, and kanamycin), other antibacterial

agents (chlortetracycline, chloramphenicol, and demeclocycline), antiprotozoal

agents (pentamidine and mefloquine), an anti-neoplastic agent (cisplatin), an anticho-

linergic agent (propantheline bromide), and an antihyperlipidemic agent (simvastatin)

[15]. Gentamicin and streptomycin are also well known to induce hair cell loss

[16, 17], as well as different heavy metals as cadmium, copper, zinc, iron, and silver

[12, 14]. Although the mechanism of hair cells disruption for most of these chemicals

remains unclear, it appears to involve the formation of free radicals, induction of

oxidative stress and activation of the apoptotic pathways [12].

3 Neuromuscular System

3.1 Assessment of Effects on Motor Neurons

Zebrafish skeletal muscle is innervated by primary and secondary motor neurons.

There are three primary motor neurons (PMNs) per hemi-segment, one of which

innervates the dorsal trunk musculature, whereas the other two innervate mid and

Fig. 1 Lateral line neuromasts in zebrafish larvae. (a) Lateral view of live untreated 8 dpf

zebrafish larvae (anterior to the left and dorsal up) stained with 5 mM 4-Di-2-Asp. (b) A neuromast

from a fixed 5 dpf eleutheroembryo containing hair cells labeled for f-actin with phalloidin-Alexa

488. (c) Lateral view of a fixed 5 dpf larva containing lateral line neuromast stained with anti-

acetylated alpha-tubulin. (d) Hair cells in a neuromast, with the stereocilia bundles in green

(phalloidin-Alexa 488) and the kinocilia in red (alpha-tubulin, 1/1000)
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ventral regions of the trunk. Secondary motor neurons (SMNs) follow similar paths

to those taken by PMNs, although they do not branch as extensively and are more

numerous. It has been demonstrated that exposition to some chemicals impairs the

motor neuron development. Stereotypic pattern of the axonal projections and

specific neurotoxic effects on motor neurons can be assessed by whole-mount

IHC with axon-specific antibodies. For instance, by using IHC with znp1 and

zn5/zn8, monoclonal antibodies labeling axonal bundles of primary and secondary

motor neurons, respectively, an impairment in the stereotypic pattern of the axonal

projections of the motor neurons has been demonstrated in zebrafish embryos or

larvae exposed to nicotine, caffeine, ethanol, sodium benzoate, cadmium, or

metam-sodium [18–21]. Figure 2 summarizes different abnormalities we have

found in the stereotypic pattern of PMNs in zebrafish larvae exposed to nicotine,

caffeine and sodium benzoate, by using znp-1 (upper panels) or zn8 (lower panels)

whole-mount immunofluorescence. This is the first report on the neurotoxic effect

of nicotine and caffeine on the development of the PMNs, as well as on the

detrimental effect of sodium benzoate on the development of the SMNs.

As a recent development, the use of these transgenic lines in which GFP

expression is driven by motor neuron-specific promoters will be useful in screening

the effect of libraries of environmental pollutants on the development of the

neuromotor system [22, 23].

3.2 Assessment of Effects on Neuromuscular Junctions

Effects of environmental pollutants on the neuromuscular junctions (NMJ) in

zebrafish embryos and larvae have been assessed by analyzing different endpoints.

Figure 3 shows the effect of the lipid regulator clofibrate on the morphology and the

number neuromuscular junctions by using whole-mount acetylcholinesterase

staining [24]. On the other hand, fluorophore-conjugated a-bungarotoxin (BTX),

which binds specifically to acetylcholine receptors (AChRs), has been used coupled

to znp-1/SV2 immunofluorescence in order to assess disruption of the AChR

clusters and its effect on the growing motor axons. Using this approach, different

defects in the NMJs has been found in zebrafish exposed to sodium benzoate and

caffeine [21, 25].

3.3 Assessment of Effects on Muscle Fibers

Zebrafish larvae possess two types of skeletal muscle fibers. Slow (red) muscle

fibers, a superficial monolayer on the surface of the myotome, are equipped for

oxidative phosphorylation, can generate relatively large stores of energy, and are

most resistant to fatigue. Fast (white) muscle fibers, in the deep portion of the

myotome, are least resistant to fatigue because they rely on anaerobic glycolysis for
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Fig. 2 Some emerging pollutants impair the development of the motor neurons in zebrafish.

Upper panel: znp1 monoclonal antibody staining of 57 hpf zebrafish eleutheroembryos after

exposure in the water (a) and water containing 33 mM nicotine (b), 0.77 mM caffeine (c), or

6.9 mM sodium benzoate (d) for 31 h. Embryos treated with nicotine (b) exhibited a in some

segments shorter common path and decreased axon branching in the caudal primary motor neurons

(CaP) asterisk labeling the choice point). Embryos treated with caffeine (c) exhibited axons of

some CaP with abnormal morphology (arrows) and decreased branching. Moreover, most of the

axons of rostral (RoP) and middle (MiP) PMNs were absent. Embryos treated with sodium

benzoate exhibited axonal over-branching of the CaP (arrowheads). Lower panel: zn8 monoclonal

antibody staining of 57 hpf zebrafish larvae after exposure in the water (a) or water containing

33 mM nicotine (b), 0.77 mM caffeine (c), or 6.9 mM sodium benzoate (d) for 31 h. Although

secondary motor neurons (SMNs) follow similar paths to those taken by PMNs in control embryos

(a), embryos treated with nicotine (b) exhibited severe defects in axogenesis such as early
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ATP generation. The two types of muscle fibers perform different functions, as fast

muscle fibers are inactive during slow swimming episodes and slow muscle fibers

are recruited during fast swimming. Fast muscle fibers are innervated by both

primary and secondary motor neurons, while slow muscle fibers are likely only

innervated by SMNs. Slow and fast muscle fibers can be labeled in zebrafish larvae

and subtle changes in the muscle fiber alignments thus easily observed by using

whole-mount immunofluorescence with antibodies directed against slow and fast

muscle myosin (F59 and F310, respectively), as shown in Fig. 4. Evaluated

endpoints included the length, width, and number of the muscle fibers as well as

disorganized muscle fiber alignment. This disorganization can be reflected by a lack

of segment division, presence of fibers extending over two segments rather than

one, altered angles between dorsal and ventral hemi-segments, and smaller muscle

fibers. Ethanol, caffeine, sodium benzoate, fipronil, and lovastatin exhibit a

myotoxic effect for slow muscle fibers of zebrafish [19, 21, 25–27], whereas ethanol

has also been proved to be myotoxic for fast muscle fibers [19].

Fig. 2 (continued) truncation of the axons of those SMNs following the path of the CaP and

complete absence of the axons of those SMNs following the axons of MiP. Effect of caffeine (c) on

SMNs was consistent with the effects on PMNs, with abnormal morphology of the axons

(asterisk), but also embryos exhibited a complete absence of the axons of those SMNs following

the axons of RoP and MiP. Sodium benzoate (d) induced early truncation of axons of those SMNs

following the path of RoP and a complete absence of the axons of those SMNs following the axons

of MiP

Fig. 3 Comparison of the

neuromuscular junction

pattern and muscular fiber

organization in control and

clofibrate-treated larvae,

using whole-mount

acetylcholinesterase staining.

(a) Control larva at 3 dpf.

(b) Clofibrate 0.75 mg/l-

treated larva at 3 dpf. AChE

staining labeling to identify

neuromuscular junctions

(NMJ). Representative larvae

are shown at trunk level in

lateral view with the anterior

part to the left. mf muscular

fiber, mj myoseptal junctions
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4 Effects on the Circulatory System

The heart is one of the first organs to develop, and its formation involves a complex

series of morphological and morphogenetic events. Because the process occurs

through an evolutionary conserved program common to all vertebrates, information

about the genes and their mechanisms of action can be extrapolated from small animal

models, including zebrafish [28, 29]. As a distinct feature, and because of their small

size, zebrafish embryos are not completely dependent on a functional cardiovascular

system, carrying on a relatively normal development for several days in the absence of

cardiovascular function [29]. Therefore, zebrafish embryos can be analyzed in

conditions (genetic, environmental, toxic) leading to serious cardiovascular defects

that would be lethal in other systems, thus facilitating the discovery and characteriza-

tion of toxic compounds severely impairing cardiovascular development.

One of the pollutants known to interfere with cardiovascular development is

2,3,7,8-Tetrachlorodibenzo-p-dioxin (TCDD). TCDD is a persistent, bioaccumulative

environmental contaminant, as well as a potent developmental toxicant and human

carcinogen [30]. Piscine, avian, and mammalian cardiovascular systems are sensitive

to TCDD toxicity, with effects including cardiac enlargement, edema, and several

dysfunctions. In zebrafish embryos, these effects include a reduction in cardiomyocyte

number at 48 hpf, decreased heart size, altered vascular remodeling, pericardial

edema, and decreased ventricular contraction culminating in ventricular standstill

[31–34].

An essential step of TCDD toxic effects, including its carcinogenic potential, is

its binding to the aryl hydrocarbon receptor (AhR) at the pM range. Deletion of

Fig. 4 Wild-type zebrafish eleutheroembryo (57 hpf) stained with antibodies specific for slow

muscle fibers (F59; a, c) or fast muscle fibers (F310; b, d). Labeling with these antibodies

facilitates the analysis of muscle fiber alignments
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AhR gene results in mice that are resistant to TCDD and other structurally related

pollutants [35–38]. AhR is a transcription factor that regulates expression of many

phase I and II metabolic enzymes [35–38]. There are many chemical compounds

(sometimes called dioxin-like compounds) able to bind the AhR and to trigger the

same kind of transcriptional response, although only a fraction of them are carci-

nogenic. In fact, the carcinogenic effects associated with dioxin and other dioxin-

like compounds are attributed to their potential to stabilize radical species produced

by the excess of oxidative enzymes (being CYP1A one of the most important ones)

brought upon by the ectopic activation of AhR.

Analysis of the effect of different dioxin-like compounds on the developing

zebrafish embryo demonstrated that the cardiopatic effect is independent from the

carcinogeneticy. Whereas the knockdown of the AhR signaling pathway in

zebrafish by morpholino oligonucleotide (MO) injection [39, 40] severely reduces

TCDD toxicity, analogous removal of CYP1A expression (therefore preventing

formation of radicals and the consequent carcinogenicity) does not prevent the

cardiopatic effect in the developing zebrafish [41, 42].

The dissociation between cardiotoxicity and carcinogenesis can be visualized in

zebrafish embryos exposed to known dioxin like carcinogens, like benzo[a]pyrene,

or to noncarcinogenic AhR ligands, as b-naphthoflavone (Fig. 5) [41, 43].

The conclusion that cardiotoxic effects in zebrafish (and presumably, other

vertebrates’) embryos occur by exposition to AhR ligands so-far considered

Fig. 5 Typical deformations detected in 96 hpf zebrafish embryos exposed at the indicated

concentrations of the carcinogenic polycyclic aromatic hydrocarbons Benzo[a]Pyrene (b) and Benazo

[k]Fluoranthene (c), or to the reportedly nontoxic AhR-ligand b-naphthoflavone (d). A nonexposed,

normal specimen is shown in (a). Arrows indicate (a) pericardial edema, (b) malformation of the lower

jaw, (c) malformation of the tail, (d) color of the yolk, and (e) coagulation
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innocuous may have many implications on the evaluation of risk of organic

compounds for environmental and human health.

5 Disruption of the Thyroid System

The thyroid hormones are central in many physiological processes in vertebrates,

including development, growth, and behavior [44]. There is a growing concern

about endocrine-disrupting compounds targeting the thyroid system, the so-called

thyroid-disrupting chemicals or TDCs. International policies call for the develop-

ment of high-throughput methods for screening TDCs [45, 46], which cause major

concern considering the critical role played by thyroid hormones (TH) during

nervous system development [47, 48]. There are many examples of TDCs

disrupting key steps in the complex TH regulatory network, including TH synthesis,

binding to thyroid transport proteins, metabolism, or transactivation of target genes

containing thyroid response elements (Fig. 6) [47–49]. This plurality of possible

Fig. 6 Thyroid hormone control pathways and sites of disruption by xenobiotic chemicals.

Organs, enzymes, and transporters that constitute known or putative targets for thyroid disruption

are shown in blue boxes and ovals; their corresponding physiological processes are indicated by

red boxes. Xenobiotics that block, inhibit, or upregulate the different biological functions are

shown in red. The predicted effect of exogenous T3 or T4 is highlighted in green. MMI
methimazole, PTU propylthiouracil, PCB polychlorinated biphenyls, PBDE polybrominated

diphenyl ethers, T3 triiodothyronine, T4 thyroxine, TBG T4-binding globulin, TH T3 + T4, TRH
thyrotropin-releasing hormone, TSH thyrod-stimulating hormone, TTR transthyretin, UDPTG
uridine diphosphate glucuronyltransferase. Modified from [48]
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targets makes it challenging to determine from among a very long list of potential

thyroid toxicants, primarily tested in rodent and in vitro models, which are relevant

to human thyroid function [47]. Very likely, a single assay would never be able to

detect all possible TDC activity in the ever-growing number of chemicals continu-

ously released into the environment [49].

The origin and growth of the thyroid gland in zebrafish has been extensively

studied and described [50]. Endogenous TH starts to be synthesized and stored in

the thyroid follicles at the eleutheroembryo stage [49, 51], but there is no informa-

tion about its biological availability. Concentrations of the two active forms of TH,

T3, and T4 (triiodothyronine and thyroxine, respectively) in 3 dpf eleuther-

oembryos have been estimated as approximately 0.8 and 2.6 pM, respectively

[52]. Despite these low levels of THs, thyroid receptors (TR) and some TH-

regulated genes are already expressed and functional during zebrafish early devel-

opment. Major postembryonic changes (sometimes described as metamorphosis)

occur in zebrafish during the third and fourth weeks after fertilization, including

Fig. 7 Transcriptome effects of T3 administration on the developing zebrafish embryo.

(a) Heatmap of microarray results from 652 probes showing significant differences between

T3-treated and control samples. Fold induction values (in log scale) are represented by different

shades of color (scale shown in the far-right bar.). (b) Distribution of overrepresented (red),
underrepresented (blue), and unchanged/undetected (ivory) transcripts in T3-treated embryos

belonging to the functional categories ossification, visual processes, and oxygen transport. The

significance of the observed variations (p values) was calculated by the hypergeometric distribu-

tion with the Bonferroni correction

406 D. Raldúa et al.



resorption of the larval fin fold and development of adult unpaired fins, changes in

the gut, peripheral nervous system, and sensory systems (including eyes),

alterations in physiology and behavior, substitution of adult hemoglobin for embry-

onic forms, development of scales, and formation of an adult pigment pattern

[51, 53]. Thyroid hormones are supposed to control the time course of these

changes. Therefore, any distortion on the timing of the onset of thyroid hormone

may have deleterious effects on the developing embryo.

Figure 7 shows the effect of ectopic administration of T3 to the developing

zebrafish embryo. At nontoxic concentration (50 nM), only a moderate fraction

(less than 5%) of the zebrafish transcriptome shows significant changes. Ossifica-

tion, visual processes, and the hematopoietic system were the physiological pro-

cesses most affected by the treatment, in a pattern consistent with an advancement

of the development in these particular functions (Fig. 7b). Genes involved in these

three processes are known targets for TDCs during metamorphosis in amphibians,

teleost fishes, and lampreys [54–60], and constitute molecular counterparts of

different endpoints used to test for TDC in amphibians [56, 58]. Therefore, they

are excellent candidates for markers of thyroid disruptors in zebrafish at early

developmental stages. Chapter 14 provides a more in-deep description of the

developmental effects of thyroid disruption in zebrafish embryos.

Fig. 8 Clofibrate impairs endotrophic lipid consumption in zebrafish larva. (a–e) Whole-mount

ORO staining of representative larvae are shown in lateral view with the anterior part to the left.

Enlargement at the trunk level is shown in panels b and e. Control larva at 3 dpf (a) and 4 dpf

(d, b). Clofibrate 0.75 mg/l-treated larva at 3 dpf (c). Clofibrate 0.5 mg/l-treated larva at 4 dpf

(f, e). e eye, da dorsal aorta, dlav dorsal longitudinal anastomotic vessel, h heart, i intestine, isv
intersegmental vessel, pcv posterior cardinal vein, sb swim bladder, ys yolk sac. Reprinted from

[24] with permission from Elsevier
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6 Nutritional Effects

The gastrointestinal system of zebrafish presents clear differences from the human

system. The zebrafish does not possess a stomach, the intestine is continuous with

the pharynx through a short esophagus, and no sphincters are present [61]. How-

ever, zebrafish have most of the cell types observed in the small intestine –

absorptive, endocrine, goblet, and interstitial cells of Cajal, although Paneth cells

are absent. Gut contractions are under the control of the enteric nervous systems,

which respond to different pharmaceuticals in similar way as the mammalian

counterpart. For example, zebrafish embryos can be used as predictor of emetic

response to pharmaceuticals, one of the most commonly reported clinical adverse

effects to be considered in the development of new drugs [61].

In zebrafish, there is an initial endotrophic period, from fertilization to mouth

opening, where the embryo and pre-feeding larvae use endogenous yolk nutrients

previously accumulated in the oocyte. As the development and survival of fish

Fig. 9 Effects of TiO2 NP in the developing zebrafish embryos. (a) Reduction of embryo length;

asterisks indicate significant (P < 0.05) deviations from the control value following ANOVA and

Dunnet Post hoc tests. (b) Oxidative stress, as indicated by elevated activity of SA-b-galactosidase
in notocorda and gut (arrow). (c) Alteration of the otoliths to become optically denser than in

control (arrow). The occurrence of denser otoliths was 10 and 95% out of 60 analyzed larvae in

control and NM exposures. NP nanoparticle-treated animals
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embryos and yolk sac larvae depend, at least partially, on the mobilization of yolk lipid

constituents, the presence of blood lipid regulators in surface water may disrupt the

endotrophic and endo-exothrophic nutritional phases in fish development. We have

recently demonstrated that fibrates, an important group of blood lipid regulators, impair

the transfer of neutral lipid between the yolk sac and the embryo. These compounds

have recently been reported as pollutants in rivers, due to the high consumption and the

low efficiency of the waste water treatment plants to remove them. Figure 8 shows a

malabsorption syndrome in zebrafish brought about by the exposure to clofibrate [24].

These results highlight the suitability of the zebrafish model for studying the direct or

permissive role of nutrient and hormone deprivation induced by chemicals and human

pharmaceuticals in the early stages of vertebrate development.

7 Tissue-Specific Effects of Nanoparticles

Manufactured nanoparticles (NP) are those with at least one dimension less than

100 nm. These particles have unique physicochemical properties, due to their high

surface/volume ratio [62]. Titanium dioxide NP (TiO2 NP) is widely used in various

products such as sunscreens, cosmetics, paints, and building materials [63]. Due to

such extensive use, TiO2 NP is found in many water bodies at environmentally

relevant concentrations, and the concerns for their putative environmental toxicity

are on the rise [62, 64, 65]. TiO2 NP showed very low acute toxicity in fish and fish

embryos [63, 66, 67], although there are reports of several sublethal effects, like

some histopathological changes in gills [63, 66] and oxidative stress in different

tissues, including brain [63, 66, 68]

Effects on brain are perhaps the most consistent cause of concern about TiO2 NP

exposure [69]. There are reports on the formation of reactive oxygen species (ROS)

in brain microglia and induction of damage to neurons in vitro [70, 71], whereas it is

known that NP can reach the fish brain in vivo via the nerve endings of the olfactory

bulb [62] or through the bloodstream [69, 72]. Different larval swimming

parameters, including average and maximum velocity and activity level, are signif-

icantly affected by TiO2 NP, at concentrations far lower than those required for

systemic, global toxic effects, like hatchability and survival [73].

The acute toxicity and oxidative effects of nano-scale TiO2 depend on the size of

the nanoparticle (bulk TiO2 is positively nontoxic) and increase notably through

illumination, as this leads to the formation of hydroxyl radicals [74], further indicating

oxidative stress as a major candidate for the mechanism of action of NP toxicity.

However, a recent microarray analysis of the transcriptome of zebrafish embryos

treated with TiO2 NP showed no major increase of transcripts related to oxidative

stress. Instead, significant effects were observed on expression of genes involved

in circadian rhythm, kinase activity, vesicular transport, and immune response [75].

Morphological and biochemical analyses of zebrafish embryos exposed to TiO2NP

show some unexpected effects. Exposed animals exhibited a significant reduction in

size (Fig. 9a) and markers of oxidative stress, as revealed by the increase in the SA-b-
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Gal activity in the neural tube and the intestine (Fig. 9b). In addition, TiO2NP exposure

induces a clear alteration of the otoliths, which become noticeably denser (Fig. 9c).

These effects may well be related to the alterations in behavior and to the slightly less

viability observed in TiO2NP exposed animals, although further research is required to

investigate their meaning and relevance in the general toxic effects of NP.

8 Conclusions

Widely used as a toxicological model, zebrafish eleutheroembryo is a valuable

biotechnological tool to identify and characterize sublethal effects of emerging

pollutants. Pharmaceuticals, NP or new pesticides, while scoring as only moder-

ately toxic in survival tests, have the potential to interact with different complex

systems in animal (and human) organisms and to develop new forms of toxicity that

only an in toto approach can detect and characterize. This is particularly important

when dealing with developing organisms, for little is known about the effects of the

accidental administration of many of these substances at the early, most sensitive

stages of the development. In this regard, zebrafish opens the unique possibility of

following the complete embryo development in a matter of few days, in a system

for which abundant and very powerful genetic tools have been developed, and with

relatively few requirements in terms of installations and husbandry.
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49. Raldúa D, Babin PJ (2009) Simple, rapid zebrafish larva bioassay for assessing the potential of

chemical pollutants and drugs to disrupt thyroid gland function. Environ Sci Technol

43:6844–6850

412 D. Raldúa et al.
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Disrupting Effects of Single and Combined

Emerging Pollutants on Thyroid Gland Function

Demetrio Raldúa, Patrick J. Babin, Carlos Barata,

and Benedicte Thienpont

Abstract Inadequate thyroid hormone (TH) production in mothers during the first

months of pregnancy can produce irreversible neurological effects in the offspring.

Even though the main cause of insufficient synthesis of TH is the lack of iodine in the

diet, TH insufficiency can also be caused by the presence of some naturally occurring

and synthetic chemicals disrupting the thyroid gland function. The identification

of emerging pollutants that may interfere with mammalian thyroid gland function

is still in progress. The goal of this chapter is to review the potential of the zebrafish

eleutheroembryos, a vertebrate model used in toxicology and by pharmaceutical

companies in drug discovery, as a predictive model for screening emerging pollutants

and drugs having a direct effect on the mammalian thyroid gland function.

Keywords Goitrogens, Thyroid follicle, Thyroid gland, Thyroid gland function

disruptor, Thyroid hormone, Zebrafish
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Abbreviations

API Average pixel intensity

BP2 Benzophenone 2

CA Concentration-addition

CNS Central nervous system

DIT Diiodotyrosine

EGL External granule layer

ETU Ethylene thiourea

IA Independent-action
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1 Thyroid Hormone and Brain Development

The expression of several thyroid hormones (TH)-regulated genes in a strictly

regulated spatiotemporal arrangement is essential during the development of the

central nervous system (CNS). Changes in the expression pattern of these genes during

early developmentmay impair CNSmaturation and organization, thereby affecting its

function. Thus, THs play essential roles in neural proliferation, differentiation, migra-

tion, synaptogenesis, and myelination during human nervous system development [1].

The extent of impact of TH deficiency on the future neuropsychological
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development of the child depends on its timing and the brain area concerned. For

example, in the developing cerebellum, TH is important in granule cell proliferation,

differentiation, migration, and survival [2]. In hypothyroidal rats, granule cells in the

external granule layer (EGL) remain in the proliferative phase longer than in

controls, resulting in decreased cell differentiation [3], a delay in granule cell

migration, and the persistence of the EGL. Moreover, there is also a drastic increase

in the apoptosis of granule cells reaching the internal granule layer [4]. Hypothy-

roidism during the first weeks of postnatal development impairs also the develop-

ment of the Purkinje cells, inducing a reduction in the dendritic arborization and

synaptogenesis between Purkinje cell dendritic spines and the parallel fibers of the

granule cells in the molecular layer [3]. Similarly, maternal hypothyroidism or

hypothyroxinemia may produce drastic alterations in the fetal cerebral cortex [1].

Since most of the neurogenesis and migration take place before the onset of the fetal

thyroid gland function [5], maternal TH is essential for normal brain development of

the fetus.

The role of the mother’s TH status on the future neuropsychological develop-

ment of the child has been emphasized in several studies in regions with a high

prevalence of severe iodine deficiency (ID). It has been clearly demonstrated in

these studies that maternal hypothyroxinemia early in pregnancy is not only the

cause of neurological cretinism, but also of less severe mental deficits affecting a

large proportion of the apparently “normal” population in those areas. These

epidemiological studies clearly indicate these deficits and the cretin births, as

irreversible consequences of IDs and can be prevented with an adequate supply

of iodine during the first months of gestation [6]. On the other hand, several studies

carried out in areas without severe ID have suggested that maternal thyroxine (T4)

plays an important role in the neuropsychological development of the progeny [6].

2 Thyroid Gland Function and Disruption

2.1 Thyroid Gland Function

In humans, the thyroid gland is butterfly shaped endocrine gland located at the front

of the neck. The thyroid gland is responsible for producing TH in all vertebrates.

TH production takes place in the thyroid follicles, the functional units of the thyroid

gland (Fig. 1). Each follicle consists of a single layer of thyroid epithelial cells

adjacent to the follicular lumen. In the human thyroid gland, thyroid follicles are

supported by connective tissue that forms a framework for the entire gland. The

follicular lumen of the thyroid follicles is filled with a colloid, mainly consisting of

thyroglobulin (TG), a large glycoprotein essential for TH synthesis [7]. In a first

step, there is iodide uptake across the basolateral membrane of the thyroid follicular

cells by the sodium-iodide symporter (NIS). This is driven by the sodium gradient

created by sodium-potassium ATPase. The iodide is exported across the apical
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membrane through partial mediation of pendrin [8]. Thyroperoxidase (TPO) is a

transmembrane enzyme located at the apical membrane of the thyroid follicular

cells. TPO, in the presence of hydrogen peroxide (H2O2), oxidizes iodide at the

Fig. 1 Thyroid hormone synthesis in a thyroid follicular cell. NIS and TPO (organification and

coupling reaction) have been marked in red dashed line as the two main targets for direct thyroid

gland function disruptors. DEHAL1 iodotyrosine dehalogenase 1, DIT diiodotyrosine, DUOX2
dual oxidase 2, MIT monoiodotyrosine, Na/K-ATPase sodium-potassium ATPase, NIS sodium-

iodide symporter, PSD pendrin, TG thyroglobulin, TPO thyroperoxidase. Reprinted from [7] with

permission from Elsevier
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cell–colloid interface. H2O2 is generated by a calcium-dependent flavoprotein

enzyme system that includes DUOX2, an NADPH oxidase [7]. TG acts as a matrix

for the synthesis of T4 and 3,5,30-triiodothyronine (T3) and is secreted into the

follicular lumen. TG iodination is a highly regulated process, primarily controlled

by H2O2 generation and iodide supply. First, TPO iodinates certain tyrosyl residues

(iodination reaction) to form mono- and di-iodotyrosines (MIT, DIT) [9]. In a

second step, two iodotyrosines are coupled to form T4 or T3 (coupling reaction),

a reaction also catalyzed by TPO. TG typically consists of 0.5% iodine in

individuals with adequate iodine supplies, distributed in five MIT, five DIT, 2.5

T4, and 0.7 T3 residues [10]. More iodine increases the DIT/MIT and T4/T3 ratios,

while iodine insufficiency reduces them [10]. To liberate THs, TG is engulfed by

pinocytosis, digested in lysosomes by cathepsin B, and then secreted into the

bloodstream at the basolateral membrane.

2.2 Thyroid Gland Function Disruption

2.2.1 Endemic Goiter and Goitrogens

Endemic goiter is characterized by enlargement of the thyroid gland in a signifi-

cantly large fraction of a population group, and is generally considered to be due to

insufficient iodine in the daily diet. The thyroid glands are often diffusely enlarged

in childhood, but are almost always nodular in adults [11]. Endemic goiter is the

result of different adaptative processes of the thyroid gland aiming to achieve an

adequate secretion of THs when iodine intake is abnormally low. These adaptive

processes are triggered and maintained by increased secretion of thyroid-

stimulating hormone (TSH). The morphological consequence of prolonged thyro-

tropic stimulation is thyroid hyperplasia. However, large colloid goiters in endemic

ID represent maladaptation instead of adaptation to iodine deficiency. In these

goiters, extremely distended vesicles filled with colloid with a flattened epithelium

occupy the major part of the gland, and although the mechanism is not fully

understood, it does not appear to be TSH hyperstimulation [11].

In 1990, it was estimated that 655 million people worldwide had endemic goiter

[12]. Although a high percentage of the people suffering endemic goiter live in

developing countries where ID is prevalent, there are also endemic goiter in some

areas of highly developed countries with iodine prophylaxis [13]. Thus, although

the main cause of severe thyroid gland dysfunction throughout the world is most

certainly ID, a number of natural-occurring and synthetic chemicals also inhibit TH

synthesis, even in iodine-sufficient regions [5, 14, 15]. These thyroid gland function

disruptors (TGFD) can have a direct effect on thyroid follicles, by impairing iodide

uptake at the NIS (e.g., perchlorate and thiocyanate), by inhibiting iodide

organification by TPO (e.g., methimazole (MMI), 6-propyl-2-thiouracil (PTUracil),

and flavonoids), or by inducing selective cytotoxic effects on the thyroid follicular

cells (amiodarone and pyrazole) [16]. Other TGFDs, including dioxin-like
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compounds and polybrominated diphenyl ethers, impair the thyroid function via

indirect mechanisms, essentially by boosting the T4 metabolism and activating the

HPT axis in reaction to the induced hypothyroidal state [17].

2.2.2 Sources of Goitrogenic Compounds

Many common foods, such as cassava, sweet potatoes, corn, apricot, almonds,

cauliflower, cabbage, broccoli and Brussels sprouts have very high levels of thiocya-

nate. Raw and cooked cauliflower can contain as much as 9,000 and 250 mg/kg

thiocyanate, respectively [18]. Thiocyanate and goitrin are also present in milk from

dairy cattle that graze on cruciferous plants. Endemic cretinism provides the best

evidence of the risk for human brain development of a chemical that inhibits TH

production. This condition, involving severely hindered physical and mental develop-

ment, occurs in iodide-deficient areas where cassava represents a major food source

and has been linkedwith the inhibitory effect of thiocyanate on iodide uptake [6]. Fruit

and vegetables, such as soy, onion, apple, legumes, and grapes are rich in flavonoids.

The daily intake of flavonoids in theWestern world has been estimated at between 20

and 1,000 mg/d [19].Moreover, flavonoids are not only present in the regular diet, but

they are also ingested as dietary supplements. Some reportsmention goiters induced in

infants fedwith soy formula, whichwere reversed by changing to cows’milk [20], and

raised doubts concerning the impact of isoflavones on human thyroid function.

Finally, residues of some fungicides and herbicides, such as mancozeb and amitrole,

also hinder TH synthesis by inhibiting TPO [17]. In resumed, all these fresh foods are

rich in thiocyanate and flavonoids and provoke the exposure ofwomen of childbearing

age daily to a wide range of potential thyroid disrupting compounds [21, 22].

There are also a large variety of TGFDs potentially present in drinking water.

Thus, coal is a source of TGFDs as phenol, dihydrophenols (resorcinol), substituted

dihydrobenzenes, thiocyanate, disulfides, phatalic acids, pyridines, and halogenated

and polycyclic aromatic hydrocarbons [13]. Most of these compounds have been

identified in drinking water from iodine-sufficient goitrous areas. Moreover, the

antithyroid and goitrogenic effect of coal-water extracts form iodine-sufficient

goiter areas have been demonstrated [15]. Perchlorate and humic substances (e.g.,

resorcinol and phloroglucinol) are also potent thyroid disruptors, potentially present

in drinking water supply [13].

Cigarette smoking is the most ubiquitous source of exposure to thiocyanate [23],

and it has been demonstrated that smoking during the period of breastfeeding

increases the risk of ID-induced brain damage in the child [24]. Moreover, TG

and thiocyanate concentrations at birth and at 1 year of age in infants of smoking

parents are greater than in infants with non-smoking parents [25].

Finally, some drugs widely used including lithium, ethionamide, sulfonamides

carbutamide, p-aminobenzoic acid, p-aminosalycilic acid, ketoconazole, or phen-

ylbutazone have adverse side effects on the thyroid [26].
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2.2.3 Combined Effect of Goitrogenic Compounds

Most TGFDs are present in the environment at concentrations far below their

individuals EC50, possibly also below their individual no observed effect concen-

tration (NOEC), yet still they may contribute to substantial effects. The relevance of

joint action of this group of chemicals in foodstuff and drinking water has long been

recognized [13, 15]. Estimating the potential hazards associated with exposures to

mixtures of TGFDs in general, and direct-TGFDs in particular, is facilitated by

empirical data derived from single chemical exposure and mathematical models.

Concentration-addition (CA) and independent-action (IA) models are commonly

used to predict the behavior of mixtures of chemicals with similar and dissimilar

mode of actions (MoAs), respectively [27]. However, the number of studies testing

the hypothesis of CA or IA with mixtures of TGFDs is still very scarce, and most of

them have been focus on the indirect-TGFDs. Thus, exposition of rodents to a

complex mixture of TGFDs affected production and clearance of T4 additively

[28]. The contribution of TH synthesis inhibitors and TH clearance enhancers

resulted in predictions that were closer to the empirical data than to the IA model

alone [28]. When rats were exposed to indirect-TGFDs with dissimilar mechanisms

of action, such as dioxins and polychlorinated biphenyls, the observed effect could

be predicted by the CA model, although at the highest doses, there was a greater-

than-additive effect [29].

3 Zebrafish: A Vertebrate Model for Screening Thyroid

Gland Function Disruptors

3.1 Zebrafish Eleutheroembryo: Vertebrate Model in Biomedical
and Toxicological Research

Zebrafish (Danio rerio) is a small tropical fish species native to the rivers of India

and South Asia. It is a member of the minnow family (Cyprinidae). It has become

one of the most popular model organisms in developmental genetics and (eco)

toxicology [30, 31]. George Streisinger at the University of Oregon established its

utility in the early 1970s. Zebrafish is now widely used as a model organism of

vertebrate development and is receiving increasing attention as a toxicological

model due to several innate advantages [32, 33].

There is a lot of research performed on zebrafish early development and large

databases are available about genetics of the zebrafish. Zebrafish are small and

inexpensive to maintain. A single pair of adults generates 100–200 offspring per

brood, up to once a week. They develop ex utero and are semi-transparent during

embryogenesis and early larval stages, facilitating in vivo observation of early devel-

opmental processes and organogenesis. Functional and morphological changes may

be highlighted in vivo or in whole-mount fixed specimens by using transgenic lines,
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vital dyes, fluorescent tracers, antibodies and riboprobes, and fluorescent markers

[33]. Zebrafish embryos grow rapidly, with the basic body plan laid out within

24 hours post-fertilization (hpf). At this stage, embryo length is around 1.9 mm, so

several embryos fit easily inside a singlewell of a 96-well plate [34]. As larvae can live

in as little as 50 mL water, so that only insignificant amounts of chemicals are needed

for assays. This represents a major cost saving in screening entire molecule libraries

[34]. The majority of organs, including the nervous system, cardiovascular system,

intestines, liver, and kidneys can be studied at 5 days post-fertilization (dpf). Conse-

quently, zebrafish represent a unique vertebrate model for high-throughput chemical

screening, making them useful for toxicological evaluation and studying contamina-

tion at a toxicodynamic level [35].

Zebrafish are more and more used for assessing drug toxicity and safety and

numerous studies have established that mammalian and zebrafish toxicity profiles

are very similar [36]. Although in vitro assays are widely used in drug discovery

and safety pharmacology, the results cannot always be extrapolated to in vivo

effects. Thus, zebrafish are increasingly used in drug-screening assays as an inter-

mediate step after cell-based evaluation to select drug candidates for conventional

animal testing, hereby reducing the number and cost of mammalian studies [33].

Based on the view that the transition to external feeding is a critical step to

independence, and that the stages before this step constitute an extension of

embryonic development after hatching (the eleutheroembryo) [37], zebrafish assays

during the initial endotrophic nutritional period (0–120 hpf) are considered non-

animal based assays by Directive 86/609/EEC and 2010/63/EU. In the principle of

3Rs (reduce, refine, replace), it is important to have an animal model that meets

these requirements to a maximum level and the zebrafish eleutheroembryo is for all

the aforementioned reasons an ideal candidate to study toxicology.

3.2 Zebrafish Thyroid Gland

Klaus B. Rohr’s lab has studied extensively the development and expansion of the

zebrafish thyroid gland, and a recent review is available [38]. Therefore, we decide

to only briefly summarize thyroid gland development and function in the zebrafish

model, emphasizing its similaritieswith the higher vertebrates.While themorphology

of thyroid gland in humans and zebrafish seems apparently very different, the mor-

phology of the thyroid follicles is strictly similar. In zebrafish, thyroid follicles are

loosely spread along the ventral midline of the pharyngeal mesenchyme, rather than

encapsulated in connective tissue, as in higher vertebrates. In addition, some studies

have suggested that the development of zebrafish thyroids is generally comparable to

humans’ thyroid gland [39]. The expression of key transcription factors, such as hhex,
nk2.1a, pax2a, and pax8, defines the presumptive region where the primordium

develops at about 24–28 hpf. These four transcription factors play similar late roles

in the differentiation and growth of thyroid follicular cells. The zebrafish thyroid gland

develops from precursor cells positioned in the endoderm just previous to pharynx
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formation. Twomorphogenetic phases take place in thyroid relocalization during both

zebrafish and mouse development [39]. After induction and evagination from the

pharyngeal epithelium at around 32 hpf, the thyroid primordium adopts a position

close to the cardiac outflow tract in zebrafish, with the first differentiated thyroid

follicle appearing in this position at around 2.5 dpf. In the second phase of

relocalization, dependent on the ventral aorta [40], the thyroid grows along the ventral

pharyngeal midline. By 5 dpf, the second phase of thyroid relocalisation has produced

follicles oriented longitudinally along the ventral aorta, from the second pharyngeal

arch element, the ceratohyal, to ceratobranchial III.

The expression of genes encoding TG (tg) and the NIS (slc5a5) have been used as
specific marker of differentiated thyroid follicular cells during the zebrafish thyroid

gland organogenesis [39]. Initially, tg expression is only observed in the thyroid

primordium, at around 32 hpf, and the TG protein is first detected at the end of the

first relocalisation phase, in a single small follicle, at around 55 hpf. At around 40 hpf,

slc5a5 expression is initiated in the thyroid primordium. Recently, the expression

pattern of other benchmark differentiation markers of thyroid follicular cells, such as

genes encoding the TSH receptor (tshr), has been determined in zebrafish eleuther-

oembryos [41]. Thus, cloning of a tshr cDNA in zebrafish has shown conservation of

primary structure and functional properties between zebrafish andmammalian TSHR.

A faint tshr expression in thyroid primordium is detected from 40 hpf on, with also a

weak extrathyroidal expression in lens and brain. Between 40 and 42 hpf, the first

weak expression of tpo is detected in the thyroid primordium, and stronger staining is

observed from 46 to 100 hpf. This expression is confined to developing thyroid [41].

Although it is well known that, in humans, TG, SLC5A5, and TPO expression are

regulated by specific combinations of NKX2-1 (TTF-1), FOXE1 (TTF-2), and

PAX8 [42], no data are currently available on this mechanism in zebrafish.

Although knockdown of zebrafish tshr function by morpholino microinjection

does not affect early thyroid morphogenesis, the functional differentiation is

impaired, as indicated by reduction in number and size of functional follicles,

downregulation of differentiation markers (tg, tpo, slc5a5), as well as reduced

thyroid transcription factor expression (nkx2.1a, pax2a, pax8 and foxe1) [41].
The first T4-producing thyroid follicle is located in an area corresponding to the

first relocalization phase and is detected at around 72 hpf. From that time onward, a

growing number of T4-positive thyroid follicles are detectable in the pharyngeal

area, spread along the ventral aorta corresponding to the second relocalisation

phase. It was recently demonstrated that genetic backgrounds or chemicals that

hinder the second phase of relocalization did not affect the functionality of the first

thyroid follicle [40, 43]. The yolk contains maternal TH, and this TH is required for

many developmental processes [44]. The larval thyroid follicles only begins to

produce T4 as the yolk sac diminishes in the free-swimming larvae and the supply

of maternal TH is used up [45].

There is no information existing about the exact stage when NIS and TPO, the two

main targets for direct TGFD, become functional in zebrafish follicular cells. The

presence of T4 in the first thyroid follicle at about 72 hpf suggests that both

mechanisms are likely to be functional by that time.Moreover, exposing 48 hpf larvae

Disrupting Effects of Single and Combined Emerging Pollutants on Thyroid Gland Function 423



to prototypic inhibitors of both NIS, e.g., perchlorate, and TPO e.g., MMI and

PTUracil, for 3 days, completely abolishes T4 immunofluorescence in the thyroid

follicles [46]. All these data indicate that zebrafish eleutheroembryos provide a

powerful vertebrate model for analyzing thyroid gland function and disruption.

3.3 Thyroxine Immunofluorescence Quantitative Disruption
Test: A Predictive and Alternative System for
Screening Chemicals Disrupting the Mammalian
Thyroid Gland Function

The function of the thyroid gland is the synthesis of THs. Recently, the Organization

for EconomicCo-operation andDevelopment proposed intra-thyroidal T4 content as a

sensitive endpoint to be included, after development and validation, in screening

programs for thyroid disrupting chemicals. The endpoint that we have selected to

assess thyroid function on zebrafish eleutheroembryos is based on measuring

intrafollicular T4-content (IT4C) by whole-mount T4-immunofluorescence [46, 47].

The recently developed “T4 immunofluorescence quantitative disruption test”

(TIQDT) is a simple and fast test on zebrafish eleutheroembryos for assessing the

potential of chemical pollutants and drugs to disrupt thyroid gland function [46],

where the endpoint evaluated is IT4C. The 3-day exposure window protocol of

TIQDT, from 2 to 5 dpf, avoids any potential side effects on thyroid gland morpho-

genesis.Moreover, because TIQDT use zebrafish eleutheroembryos, it is considered a

non-animal based assay by Directive 86/609/EEC and 2010/63/EU.

The first step during the development of TIQDT was to check whether the design

of this short-duration screening assay, produced detectable changes in the T4-

immunofluorescence signal in thyroid follicles after exposure to TGFDs with

different MoA: methimazole (MMI), 6-n-propyl-2-thiouracil (PTuracil), potassium

perchlorate (KClO4), amiodarone, and exogenous T3. MMI and PTuracil are

goitrogens, which reduce TH synthesis by inhibiting TPO function. KClO4, another

goitrogen, inhibits iodide uptake through the follicular NIS. Amiodarone, an iodine-

rich benzofuranic derivative, widely used to treat tachyarrhythmias, has cytotoxic

effects on thyrocytes [48, 49]. Finally, administration of exogenous T3 induces

thyroid toxicity via a secondary mechanism, the inhibition of TSHbmRNA expres-

sion [50, 51]. All these chemicals induced a clear decrease in the T4 immunofluo-

rescence (Fig. 2), although quantitative analysis was not performed at this step.

The next step in the development of the assay was to design a system for the

quantitative analysis of whole-mount T4-immunofluorescence signals at the thyroid

follicles (Fig. 3). High resolution TIFF images showing a ventral view of the heads of

T4-immunostained 5 dpf larvae were analyzed using ImageJ (NIH) software. In the

first step, background fluorescence was estimated by analyzing average pixel intensity

(API) in image areas that did not contain any immunolabeled objects, i.e., the back-

ground threshold, and this background was calculated individually for each image.
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In order to calculate the background levels, the images were first converted to 8-bit

grayscales, inverted, and thresholded. Thyroid follicles were then selected, using

the “wand tool” function of the computer program. Selected areas were transferred

to the original 4 three-channel image: red, green, and blue (RGB), the inverse

selection was created and the API for the background was calculated. This back-

ground threshold was then removed by subtracting the background API from each

pixel in the image. Selected follicle areas were transferred to the subtracted image

and finally, the API of the selected areas was calculated.

After these initial steps, TIQDT was tested for its capacity to screen environ-

mentally relevant compounds. 2,4-Dichlorophenoxyacetic acid (2,4-D), 1,1-bis(4-

chlorophenyl)-2,2,2-trichloroethane (DDT), and 4-nonylphenol (4-NP) were

selected as they are usually considered to be TGFDs [52–55]. Reports concerning

the effect of methylmercury (MeHg) on thyroid function are contradictory [56–58].

Two environmentally relevant compounds with no reported effects on the thyroid

system, fenoxicarb and atrazine [59, 60], were included as negative controls to

assess the specificity of the assay. Our data strongly suggest that TIQDT may be

Fig. 2 Whole-mount T4 immunofluorescence staining superposed on brightfield illumination of

thyroid follicles in (a) 5 dpf control (0.1% DMSO used as a vehicle control), (b) 1.5 mM MMI-

treated larvae, (c) 1 mM amiodarone-treated larvae, and (d) 50 nM T3-treated larvae. Heads of

representative larvae are shown in ventral view with the anterior part on the left. Abbreviation:

e eye. Reprinted with permission from [46], Copyright 2009 American Chemical Society.
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Fig. 3 Quantitative analysis of whole-mount T4-immunofluorescence signals for the Thyroxine

Immunofluorescence Quantitative Disruption Test (TIQDT). The intrafollicular T4-content was

calculated in the initial development of the TIQDT by measuring the average pixel intensity of the

thyroid follicles. Reprinted with permission from [46],Copyright 2009 American Chemical

Society.
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used to assess exposure to environmental pollutants and as an in vivo bioassay for

screening chemicals and drugs [46]. These initial results encourage us to optimize

the protocol and to start the pre-validation of the assay.

In spite of the promising results obtained by using TIQDT, we found also some

problems to be fixed. The main detected problems were (1) the variability in the size

and number of thyroid follicles in each animal, (2) the fact that some TGFDs could

impair the size or the number of thyroid follicles, but not the concentration/API of

T4 signal inside of the quantified follicles, (3) some autofluorescence may be found

with the set of immunofluorescence filters used, and (4) clear signs of systemic

toxicity were found in eleutheroembryos exposed to some chemicals at the maxi-

mum tolerated concentration. For an optimized TIQDT protocol, we increased the

Fig. 4 Screening for drugs, environmental pollutants, and naturally occurring substances with a

direct effect on the thyroid gland function, using intrafollicular T4-content (IT4C) in zebrafish

eleutheroembryos as the endpoint. Red bars indicate “thyroid gland function disruptors” (TGFDs),
with IT4C values significantly lower than control (p < 0.05); Green bars indicate compounds that

were not considered “TGFD,” as their IT4C values were not significantly different from control

(p > 0.05). Data represent mean � SE from at least two independent experiments (n ¼ 18–24)
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number of individual of the different experimental groups, analyzing at least 18

eleutheroembryos per group, in order to decrease the intra-group variability. More-

over, IT4C was calculated from the “integrated density,” i.e., the product of “area”

and “API” instead of API alone, of the fluorescence in the thyroid follicles.

A decrease in the autofluorescence of the embryos was found using a secondary

antibody conjugates to Alexa 555 instead of Alexa 488. Finally, systemic toxicity,

evaluated at the phenotypic and behavioral levels, was evaluated in all the

chemicals inducing a significant decrease in IT4C. Only those compounds positive

in TIQDT at concentrations below systemic toxicity were considered TGFDs.

The next step was to analyze the concordance of zebrafish versus mammalian

assays to assess the potential utility of the optimized TIQDT as a screening assay

for thyroid disruptors in an endocrine disruptor screening and testing program [47].

IT4C in eleutheroembryos exposed to substances with a direct effect on the thyroid

gland function, e.g., amitrole, KClO4, KSCN, MMI, phloroglucinol, PTUracil,

ethylene thiourea (ETU), benzophenone 2 (BP2), resorcinol, pyrazole, sulfameth-

oxazole, pyrazole, sodium bromide, mancozeb, and genistein, was significantly

lower than in the controls (p < 0.05); therefore, those chemicals were classified

as direct-TGFDs on zebrafish eleutheroembryos (Fig. 4). IT4 levels in eleuther-

oembryos exposed to nitrate and linuron were similar to controls (p > 0.05), so

these compounds were classified as “non-TGFDs” (Fig. 4). The concordance

Fig. 5 Heat-map

summarizing mammalian

versus zebrafish

eleutheroembryo responses

using 16 known or suspected

direct-TGFDs with different

modes of action. Red
indicates thyroid gland

function disrupting activity;

Green indicates that the

chemical is not a TGFD
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analysis (Fig. 5) showed a high degree of concordance with the mammalian data

(15/16, 93.75%).

We have also analyzed the suitability of TIQDT for assessing the thyroid

disrupting potency and hazard of selected direct-TGFDs (BP2, resorcinol, PTUracil,

MMI and phloroglucinol). While thyroid disrupting potency describes the concen-

tration range over which thyroid gland function is impaired, thyroid disrupting

“hazard” is our term for describing the relationship between effective concentrations

and systemic toxicity. To obtain accurate concentration-response curves, 5–8 dif-

ferent concentrations were used for each test compound. EC10 and EC50 were the

parameters selected to describe thyroid disrupting potency and the thyroid

disrupting index (TDI: LC50/EC50) was used as a descriptor of thyroid disrupting

hazard. Our results show BP2 exhibited the highest thyroid disrupting potency but

also the lowest thyroid disrupting hazard, because its thyroid disrupting activity was

present only at concentrations very close to lethality.

Finally, we recently found that TIQDT is also suited for estimating the potential

hazards associated with mixtures of TGFDs [Thienpont et al., manuscript in

preparation]. We have found that mixtures of eight compounds with both similar

MoA act according to the concentration-addition model (Fig. 6). Moreover, a

mixture of these eight compounds at their NOEC inhibited almost completely

100

A

50

0

0

Mixture concentration (µM)

T
T

4C
 (

%
 c

on
tr

ol
)

CA

IA

10 100 1000 10000

Fig. 6 Mixture toxicity analyses of eight putative thyroid peroxidase inhibitors (methimazole,

6-propyl-2-thiouracil, benzophenone 2, resorcinol, amitrole, phloroglucinol, ethylenethiourea, and

sulfamethoxazol) in zebrafish prefeeding larvae using the TIQDT assay. Chemical mixtures were

dosed using a fixed ratio design proportional to the EC10 of mixture constituents. Symbols and

error bars corresponds to the mean and SE values (n ¼ 18). Observed (black lines) and predicted

joint toxicity effects according to the concentration-addition (CA, red lines) and independent-

action (IA, green lines) concepts are indicated
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IT4C, which emphasizes the risk for the thyroid gland function of the mixture of

chemicals with thyroid disrupting activity.

In summary, our data provide evidence for the suitability of zebrafish eleuther-

oembryos as a predictive vertebrate model for evaluating the effect of individual

chemicals and mixtures on thyroid gland function. TIQDT performed on zebrafish

eleutheroembryos is an alternative whole-organism screening assay that provides

relevant information for environmental and human risk assessments.
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Abstract The Earth’s atmosphere is affected by the presence of psychotropic

chemicals, both licit and illicit substances, not only in major city centres but also

in suburban and rural regions. Dedicated analytical procedures, most of them based

on gas or liquid chromatography coupled to mass spectrometry, have been

optimised for the detection of these substances. Nicotine and caffeine (licit

substances), are widespread in the world at concentrations sometimes reaching

100 ng/m3. Conversely, drugs of abuse (namely cocaine, cannabinoids, heroin

and amphetamines, which are in most countries illicit) rarely exceed 1 ng/m3

each. However, their presence in airborne particles is virtually ubiquitous in

agreement with what was observed in the past for surface and waste waters. The

spatial and temporal variability of psychotropic substances in the atmosphere has

been an object of study in different types of urban areas, whereas data are scarcer

for rural areas. In the current ambient concentrations, personal exposure to airborne

drugs of abuse may be considered negligible, posing no harm to human health. The

possibility of drawing abuse prevalence indicators from the drug contents in the air

merits, however, to be explored.
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1 Introduction

The occurrence of psychotropic substances in the air of cities is nowadays

ascertained. Indeed, not only nicotine, caffeine, and the corresponding by-products,

whose existence could be foreseen due to the wide use by population, but also

cocaine, cannabinoids, heroin, and the so-called smart drugs have been found to

affect our environment.

As illicit psychotropic substances were detected in the atmosphere, their real

presence and environmental relevance were immediately questioned. Are cocaine

and cannabis markers really ubiquitous? Are the amounts detected representative of

total contents of drugs affecting the environment? Are their corresponding burdens

enough to justify any health effect on population? And besides, what is/are

the predominant source(s) of atmospheric drugs? How long might they survive in

the environment? What is, if any, the relationship between the drug abuse preva-

lence and the corresponding concentration in the air? What is, if any, the relation-

ship between the illicit drug contents in the air and in surface/waste waters?

To find answers to these crucial questions and to establish if the occurrence of

psychotropic substances in the atmospheric aerosols is just a curiosity or rather a

potential problem for the community, a series of investigations have been carried

out both in the laboratory and in the field. Dedicated procedures have been

optimised, for instance, for cocaine and cannabinoids (see sections below), and

the chemical stability of cocaine in airborne particulates and its partition between

gas and aerosol phases were estimated, as well as its accumulation in fine rather

than coarse particles. Furthermore, cocaine and cannabinoids concentrations have

been measured in several cities over the world through field studies. After the first

detection of cocaine in ambient air by Hannigan et al. [1] in Los Angeles,

measurements were performed more extensively in Italy (for instance over 10

consecutive months in downtown Rome, or in 38 Italian localities) and Spain
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(where analysis covered also other drugs such as opioids and amphetaminic

compounds, and assessed their spatial–temporal variability on a city scale). In

conclusion, relatively detailed investigations have been conducted in a limited

number of countries (mainly Italy and Spain), but by contrast a lack of information

remains in other regions of the world, since scarce measurements have only been

carried out in Algiers, Brazil, Chile, Mexico, Portugal, Serbia, and the USA.

2 Psychotropic Substances: Definition

A number of different terms may be found in the literature to refer to these kinds of

substances: psychoactive drugs, drugs of abuse, illicit drugs, illicit substances,

recreational drugs, or simply, drugs. By definition, psychoactive substances are

chemicals which cross the blood–brain barrier and act primarily upon the central

nervous system, where they affect brain function, resulting in changes in percep-

tion, mood, consciousness, cognition, and behaviour [2]. These substances may be

used recreationally, to purposefully alter one’s consciousness, for ritual and/or

spiritual purposes, as a tool for studying or augmenting the mind, or therapeutically

as medication. Thus, some substances may have uncontrolled or illegal uses while

others may have medicinal use. The absence of a single term to define these

substances stems mainly from the ambiguity linked to their definition, given that

psychotropic substances refer to both legal and illegal substances. Legal substances

and legal uses may be social drinking or sleep aids, as well as nicotine and caffeine.

Caffeine is the world’s most widely consumed psychoactive substance, being legal

and unregulated in nearly all jurisdictions.

According to national statistics [3, 4], tobacco smokers account for ca. 23% of

the Italian population and consume 13 cigarettes per day. Percentages show small

variations along the peninsula and over the last 5 years. These data indicate that

both policy [5–8] and general knowledge of dangerous effects of tobacco smoking

on health have drastically reduced the amount of consumers with regards to

previous decades. Nevertheless, a hard core of smokers remains; in particular,

both (very) young and female people are attracted by tobacco, heedless of risk.

By consequence, whilst other potential causes of morbidity and death are declining,

the clinical statistics associated with smoking are gaining importance. Nicotine was

discovered in 1826 as a tobacco constituent [9]. The psychoactive effects of tobacco

were soon associated with nicotine [10, 11]. Nevertheless, formerly this substance

was not regarded as addictive, as it happened only at the end of the 1900s [12–15].

Nicotine was found poisonous and toxic [16] but not directly responsible for lung

cancer promotion, so it was still admitted as surrogate of tobacco smoking (nicotine

gums, patches and inhalers). Most researches focussed on nicotine belong to

physiology and pharmacology [17]. Relatively few articles deal with nicotine

occurrence in the air; in those articles, the composition of secondary tobacco

smoke [18], the partition between gas and particulate phases [19] depending on
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soot acidity, the concentrations detected indoors [20–26] and the by-products of

nicotine [27, 28] are discussed.

Illicit drugs, on the other hand, are defined as substances that not at all or rarely

find medical applications and are consumed in the absence of medical supervision.

Their use is thus mainly recreational, for their mood and perception altering effects.

The term “illegal” is in itself not fully objective, given that it depends on the legal

boundaries set by each country or State (see the case of The Netherlands). The

legality of psychoactive drugs has been controversial through most of recent

history; the Second Opium War (when opium trade was legalised) and the Prohibi-

tion era in the United States (where alcohol was made illegal for 13 years) are two

historical examples of legal controversy surrounding psychoactive drugs. However,

in recent years, the most important document regarding the legality of psychoactive

drugs is the Single Convention on Narcotic Drugs, an international treaty signed in

1961 as an Act of the United Nations, signed by 73 nations including the United

States, the USSR, India, and the United Kingdom. All countries that signed the

treaty passed laws to implement these rules within their borders [29]. However,

the chemical composition or the active ingredients are not the only factors defining

an illicit substance but also the way in which they are manufactured, labelled,

distributed, acquired or even used [30]. This means that the definition of illicit drugs

may include legal pharmaceuticals, which are illegally manufactured, distributed or

acquired. Adulterated legal pharmaceuticals are also considered illicit drugs.

Finally, aside from strictly illegal substances and their metabolites, psychoactive

substances or drugs of abuse may also include active ingredients from pharmaceu-

tical products with legal therapeutic uses such as morphine.

In order to limit this ambiguity, the terms psychoactive substances (referring to

licit and illicit substances, e.g., caffeine and nicotine but also cannabis and heroin)

and drugs of abuse (referring only to recreational drugs, e.g., cocaine, cannabis,

etc.) will be used throughout the present work.

3 Monitoring Methods of Psychoactive Substances

in Ambient Air

Nicotine is by far the most extensively studied among psychotropic substances.

Although its occurrence in the environment is not a novelty, nonetheless,

investigations are overall restricted to indoor or artificial environments. Thanks to

its basic properties, nicotine is usually collected from air by using nonvolatile acid

reagents (e.g., sulphuric or benzenesulphonic acid) loaded on the surfaces of

denuder devices or filters for the gaseous and particulate fractions, respectively;

alternatively, vapours are trapped into adsorbent resins (XAD-4) [19, 31, 32]. Due

to the recognised dangerous effects of tobacco exhausts, which hit even non-

smokers, detailed research has been carried out to abate soot, nitrogen dioxide

and tar, to control the nicotine release into the environment, to identify the soot
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components including polycyclic aromatic hydrocarbons (PAHs) and to understand

the phase distribution of emissions as a function of smoke concentration, tempera-

ture and cigarette pH [33, 34]. Besides that, both educational campaigns and

legislation have been implemented to reduce the health impact of tobacco smoking,

which continues to be among the principal causes of tumours and deaths, reaching

5.4 million people in 2005 [8, 35, 36]. On the other hand, it is worthwhile to remark

that very few measurements have been made till now in the open air, despite the fact

that particulate nicotine can exceed 100 ng/m3 in the open air (aerosol phase), and

100 mg/m3 in public indoor places (gas phase) [37–41].

Whilst nicotine, caffeine, amphetamine and methamphetamine are expected to

partition between gas and particulate phases, most drugs of abuse (i.e., cocaine,

cannabinoids, heroin and their respective by-products) are high boiling. Whenever

an estimate for nicotine and caffeine is provided limited to the particulate fraction,

results seem to be affected by higher uncertainty than those drawn for illicit

compounds [37]. Due to their physicochemical properties (low vapour pressure,

high and medium polarity, weak alkalinity and molecular weight range between

135 and 360 g/mol), these substances are associated primarily with particulates in

the atmosphere [42–44]. As for the grain size distribution of drugs of abuse

in particles, different grain size fractions were targeted by different studies avail-

able in the literature, mainly PM10, PM2.5 and PM2.5–10. A comparison of the

cocaine and benzoylecgonine contents in simultaneous PM10 and PM2.5 samples

[45] evidenced that the grain size distribution of these substances is predominantly

fine (>99% in PM2.5, within the uncertainty of the determinations). In a study by

Cecinato et al. [46], the following percentages of psychoactive substances in fine

(PM2.5) airborne particulates with respect to PM10 were found: 90–95% for cocaine

and cannabinol, 75–80% for THC, and 80–100% for cannabidiol. Thus, similarly to

PAHs, psychotropic substances accumulate in fine particles. Thus, after PM10 or

PM2.5 samples are collected in urban air quality monitoring networks, psychoactive

substance determination may be carried out concurrently to that of PAHs. In this

way, not only costs are reduced but also links between drugs and soot may be

assessed, as well as between drugs and other anthropogenic pollution sources (see

sections below).

Sampling of these substances has been carried out following three approaches:

liquid absorbents [47], solid-phase microextraction (SPME) fibres [43] and filter

substrates (mostly quartz fibre filters but also PTFE membranes [1, 42, 48, 49]).

When filter substrates are used, atmospheric particles are collected over 24-h

periods using high-volume (dichotomous or single-filter instruments [1, 48]),

medium-volume or low-volume samplers (operated to ensure collection of suffi-

cient aerosol mass [37, 50]). Samples were always stored at low temperatures

(refrigerated or frozen) to ensure sample preservation.

After sample collection, drugs of abuse concentrations may be determined

chemically by means of different methodologies, which target at times common

but mostly different groups of substances. A brief description of the methodologies

is provided below:
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– Liquid chromatography coupled with electrochemical detection: this technique,

in combination with a high-throughput liquid-absorption pre-concentrator

(HTLAP) that sampled air and collected analytes from vapours or aerosols

into a small volume of liquid absorbent, was used by Zaromb et al. [47] for

the detection and analysis of cocaine and heroin in air.

– Gas chromatography coupled to mass spectrometry (GC-MS [1]): particulate

matter filters were Soxhlet extracted with dichloromethane (DCM), fractionated

by single size exclusion chromatography (SEC) followed by normal-phase

liquid chromatography (NP-LC) with a cyanopropyl (CN) column, and reduced

in volume under nitrogen. Analysis of the aromatic polar sub-fractions (where

cocaine was present) was then performed by GC-MS in full scan mode.

– High-resolution gas chromatography coupled to mass spectrometry (HRGC-MS

[42]): analysis of cocaine in ambient aerosols required a multi-step procedure

comprising Soxhlet extraction of the organic matter with a mixture of

dichloromethane:acetone (80:20), solvent reduction through Kuderna-Danish

distillation, redissolution of the extract in isooctane:dichloromethane (9:1),

fractionation by column chromatography through basic alumina, solvent evapo-

ration under nitrogen and redissolution in toluene. Analysis of the high-polarity

fraction (where cocaine in addition to nicotine, caffeine and cannabinol would

be present) was performed by HRGC-MS, first in full scan mode and then in the

selected ion monitoring (SIM) mode.

– Ion mobility spectrometry (IMS [43]). Solid phase microextraction (SPME)

using a 100 mm polydimethylsiloxane (PDMS) SPME fibre was used for head-

space sampling and preconcentration of volatile markers of cocaine, MDMA and

marijuana (methyl benzoate, piperonal and terpenes, respectively) in cargo

containers. Analysis was then performed by IMS after thermal desorption of

the drug markers from the fibre into the IMS analyser.

– Liquid chromatography-electrospray-tandem mass spectrometry (LC-ESI-MS/

MS [44]): this technique was the basis of a methodology developed for the

multianalyte determination of 17 different drugs of abuse and metabolites (three

cocainics, five amphetamine-like compounds, three opiates, three cannabinoids,

and lysergic acid and two of its metabolites) in atmospheric airborne particles.

Extraction of the target analytes from the filters was performed by pressurised

liquid extraction (PLE) using methanol followed by a mixture of methanol-

acetone. Further analysis of the extracts, once reduced in volume and

reconstituted in methanol, was performed by LC-MS/MS in the selected reaction

monitoring (SRM) mode, following a previously optimized protocol developed

for the determination of these substances in sewage waters [51].

– Gas chromatography coupled to tandem mass spectrometry (GC-MS/MS [49]):

prior to analysis of the three primary active components of cannabis (THC,

cannabidiol and cannabinol) by this technique, airborne particulates were

extracted in an ultrasonic bath with chloroform. The extracts were combined

and concentrated under a stream of nitrogen. The residue was filtered through

pre-washed disposable PTFE membranes, dried and finally reconstituted with

cyclohexane. After separation and solvent partitioning, the extracts were

analysed by GC-MS/MS.
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4 Concentrations and Sources of Airborne Psychoactive

Substances Around the World

4.1 Major Drugs of Abuse: Cocaine and Cannabinoids

Cocaine is clearly the drug of abuse most extensively studied around the world,

when compared to other substances such as cannabinoids, heroin or amphetamine-

like compounds.

The ambient concentrations of cocaine detected at urban and rural locations

around the world are summarised in Table 1 and Fig. 1 (with a detailed compilation

of results in Table 2). Cocaine concentrations in airborne particulates have been

measured at 71 locations between 1998 and 2008, in a total of 9 different countries.

On average, the amounts of cocaine measured in urban atmospheres rarely

exceeded 1,000 pg/m3 (1 ng/m3), with usual values ranging between 50 and

200 pg/m3. Maximum concentrations were registered in Santiago de Chile

(3,550 pg/m3) and followed closely by Mexico City (1,404 pg/m3), although it

must be noted that these were point measurements both in time and space. Studies

with a larger spatial and temporal coverage in Brazil, Portugal, Spain and USA

estimated mean ambient cocaine concentrations in the range 150–200 pg/m3

(Table 2), reaching up to 500–600 pg/m3 as maximum daily values in Spain and

Brazil, respectively. For countries with >1 monitoring locations an average value

was computed for all sites, disregarding the type (urban, rural, etc.). Maximum

daily levels of 267 pg/m3 were detected in Italy, with a mean concentration for all

sampling locations of around 60 pg/m3. Finally, cocaine concentrations were below

the method’s detection limit (2 pg/m3) in Algiers and Serbia, respectively. As

shown in Table 1, the largest standard deviation was reported for Mexico

(387 pg/m3), followed by Brazil (192 pg/m3) and Spain (153 pg/m3). The high

standard deviation reflects a large variability of levels across the different types of

monitoring sites, be it urban vs. rural sites as in the case of Brazil or residential vs.

nightlife areas in Spain.

Table 1 Airborne concentrations of cocaine detected around the world

Cocaine

No. of

locations

Mean (pg/m3) Stdev

(pg/m3)

Min

(pg/m3)

Max

(pg/m3)

Range

(pg/m3)

Algiers 5 ND ND ND ND ND

Brazil 7 179 192 47 590 47–590

Chile 1 3,550 1,098 2,440 4,635 2,440–4,635

Italy 39 59 65 5 267 <5–267

Mexico 1 1,404 468 1,130 1,678 1,130–1,678

Portugal 1 148 n ¼ 1 148 148 n ¼ 1

Serbia 5 ND ND ND ND ND

Spain 11 172 153 11 480 11–480

USA 1 200 ND 200 200 n ¼ 1

ND not detected
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As shown in Table 2, cocaine concentrations are detected in almost all the

studies targeting psychoactive substances or drugs of abuse in the literature, with

the exception of Algiers and Serbia, where cannabinoids were found whilst cocaine

was not (Tables 3 and 4). In the literature, cannabinoid concentrations are either

expressed as D9-tetrahydrocannbinol (THC) or as the sum of cannabinol,

cannabidiol and THC (known as CBs).

Cocaine and cannabinoids are also detected in suburban areas and only seldom in

rural sites. For instance, in two Italian rural localities (Monte Monaco, 1100 ma.s.l.,

and San Lucido, on the coast) drugs of abuse were only detected in winter. As an

example, cocaine and CBs levels in the metropolitan region of Rome and in three

major Spanish cities, are shown in Fig. 2. In Italy, three sites (namely Belloni Street,

Cipro Street and Francia Boulevard) were located downtown, while Ciampino,

Colleferro, Civitavecchia and Guidonia were four towns located 20–80 km from

the capital; Montelibretti was a semi-rural area. The highest values of cocaine were

reached at Belloni Street. Excluding Montelibretti, the average “suburban” and

“urban” concentrations were similar in all the three periods investigated. In the

Spanish cities, cocaine levels were higher in Barcelona and Madrid when compared

to A Coruña (NW Spain, 250,000 inhabitants), but conversely THC was detected

more frequently in A Coruña than in the two major Spanish cities. The unexpectedly

high cocaine levels detected in the residential area in Barcelona (Fig. 2) might

indicate consumption of this psychoactive substance in an area in which low levels

were expected.

The ambient concentrations of THC and CBs detected at urban and rural

locations in Algiers, Italy, Mexico and Spain are summarised in Table 3 and

Fig. 3 (complete dataset available in Table 4).

On average, CBs levels in Italy were 126 pg/m3, ranging between 30 and

537 pg/m3, much higher than those measured in Mexico city (11 pg/m3, only one

location available). When looking at THC only, mean levels were significantly higher
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Fig. 1 Mean, maximum and minimum airborne concentrations of cocaine at urban and rural

locations around the world
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Table 2 Detailed airborne concentrations of cocaine at urban and rural locations around the world

Cocaine

Location Date Conc. (pg/m3) References

Algeria

Algiers (downtown) Urban 2003–2006 ND A

Algiers (Suburban) Suburban 2003–2006 ND A

Algiers (Tafoura) Downtown Summer 2007 ND C

Algiers (Roubia) Residential Summer 2007 ND C

Algiers (Reghaia) Industrial Summer 2007 ND C

Brazil

Sao Paulo Urban Winter 2003 590 C

Sao Paulo Urban Autumn 2003 250 C

Piracicaba Rural Winter 2003 76 C

Piracicaba Rural Winter 2003 89 C

Araraquara Rural Winter 2003 101 C

Ouro Preto Industrial Winter 02 to

autumn 03

47 C

Ouro Preto Industrial Winter 02 to

autumn 03

101 C

Chile

Santiago de Chile Urban June 2007 2,800 C

Italy

Rome (University

district)

Urban 2003–2006 98 � 13 A

Rome (Business

quarter)

Urban 2003–2006 12 � 10 A

Rome (Canyon street) Urban 2003–2006 15 � 17 A

Rome (Dwelling zone) Urban 2003–2006 21 � 20 A

Rome (City garden) Urban 2003–2006 70 � 47 A

Rome Suburban 2003–2006 10 � 10 A

Rome Suburban 2003–2006 11 � 6 A

Rome (downtown) Urban Sept 2007 52 � 26 B

Rome (Fermi) Traffic Winter 2006 69 C

Rome (Bissolati) Urban Winter 2006 36 C

Rome (Belloni) Urban garden Winter 2006 70 C

Rome (Villa Ada) Urban 2006–2007 63 C

Rome (Villa Ada) Urban Winter 2006 83 C

Rome (Villa Ada) Urban Summer 2007 30 C

Rome (Malagrotta) Suburban-

industrial

Spring 2007 47 C

Rome city Urban Winter 2009 95 � 38 D

Rome city Urban Summer 2009 60 � 19 D

Montelibretti Semi-rural

(EMEP)

Sept 2007 15 � 8 B

Montelibretti Extra-urban 2006–2007 24 C

Taranto (downtown) Urban 2003–2006 <10 A

Taranto (residential) Urban 2003–2006 10 � 10 A

Taranto (rural) Rural 2003–2006 <5 A

Bari Traffic Winter 13 C

Milano (Torre Sarca) Urban background 2006–2007 208 C

Milano (Torre Sarca) Urban background Winter 2006 267 C

(continued)
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Table 2 (continued)

Cocaine

Location Date Conc. (pg/m3) References

Milano (Torre Sarca) Urban background Summer 2007 85 C

Milan Urban Summer 2006 129 D

Milan Urban Winter 2007 267 D

Northern Italy Urban Winter 2009 116 � 118 D

Northern Italy Urban Summer 2009 40 � 28 D

Emilia Romagna region Urban Winter 2009 88 � 39 D

Emilia Romagna region Urban Summer 2009 40 � 13 D

Marche region Urban Winter 2009 20 � 15 D

Marche region Urban Summer 2009 9 � 10 D

S. Italy and Islands Urban Winter 2009 24 � 6 D

S. Italy and Islands Urban Summer 2009 19 � 12 D

Rome province Urban Winter 2009 35 � 17 D

Rome province Urban Summer 2009 20 � 12 D

Central Italy

(exc. Rome)

Urban Summer 2009 12 � 10 D

Mexico

Mexico City Urban Feb, Apr,

Aug 2008

1404 � 387 H

Portugal

Oporto (Ermesinde) Urban background July 2006 148 C

Serbia

Pancevo (PHI) Urban Summer 06 to

spring 07

ND C

Pancevo (FB) Urban Summer 06 to

spring 07

ND C

Pancevo (UR) Urban Summer 06 to

spring 07

ND C

Pancevo (FF) Urban Summer 06 to

spring 07

ND C

Pancevo (BZ) Urban Summer 06 to

spring 07

ND C

Spain

Barcelona (urban) Urban Winter 2007 204 � 172 E

Madrid (urban) Urban Winter 2007 480 � 276 E

Barcelona (residential) Urban Winter 2008 336 � 173 F

Madrid (residential) Urban Winter 2008 28 � 21 F

Coruña (residential) Urban Winter 2008 11 � 6 F

Barcelona (university) Urban Winter 2008 98 � 66 F

Madrid (university) Urban Winter 2008 63 � 12 F

Coruña (suburban) Urban Winter 2008 57 � 32 F

Barcelona (nightlife) Urban Winter 2008 194 � 141 F

Madrid (nightlife) Urban Winter 2008 334 � 151 F

Coruña (nightlife) Urban Winter 2008 85 � 28 F

USA

Los Angeles Urban Annual 1993 200 G

ND not detected

References: (A) Cecinato and Balducci [42]; (B) Cecinato et al. [37]; (C) Cecinato et al. [50]; (D)

Cecinato et al. [46]; (E) Viana et al. [48]; (F) Viana et al. [45]; (G) Hannigan et al. [1]; (H)

Cecinato (2011) (see Acknowledgments)
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Table 4 Airborne concentrations of THC and cannabinoids (CBs) at urban and rural locations

around the world

Cannabinoids

LocationDate Conc.

(pg/m3)

Compound References

Algeria

Algiers Urban October 2007 <1 THC C

Italy

Northern Italy Urban Winter 2009 107 � 88 CBs D

Emilia Romagna region Urban Winter 2009 82 � 53 CBs D

Marche region Urban Winter 2009 154 � 95 CBs D

Southern Italy and Islands Urban Winter 2009 168 � 170 CBs D

Rome city Urban Winter 2009 537 � 420 CBs D

Rome province Urban Winter 2009 370 � 213 CBs D

Northern Italy Urban Summer 2009 37 � 22 CBs D

Emilia Romagna region Urban Summer 2009 41 � 24 CBs D

Central Italy (except

Rome)

Urban Summer 2009 107 � 108 CBs D

Marche region Urban Summer 2009 42 � 42 CBs D

Southern Italy and Islands Urban Summer 2009 125 � 126 CBs D

Rome city Urban Summer 2009 78 � 48 CBs D

Rome province Urban Summer 2009 63 � 28 CBs D

Milan Urban Summer 2006 113 CBs D

Milan Urban Winter 2007 224 CBs D

Rome Urban September 2008 44 � 5 THC C

Rome Urban October 2008 104 � 61 THC C

Montelibretti EMEP September 2008 30 � 5 THC C

Montelibretti EMEP October 2008 58 � 15 THC C

Bari Urban March 2007 39 � 7 THC C

Mexico

Mexico City Urban Feb, Apr, Sep 2008 11 � 5 CBs G

Spain

Barcelona Urban Winter 2007 27 � 42 THC E

Madrid Urban Winter 2007 44 � 35 THC E

Barcelona (residential) Urban Winter 2008 26 � 10 THC F

Coruña (suburban) Urban Winter 2008 26 � 8 THC F

Madrid (nightlife) Urban Winter 2008 23 � 19 THC F

Coruña (nightlife) Urban Winter 2008 34 � 23 THC F

CBs sum of cannabinol, cannabidiol and THC

References: (C) Cecinato et al. [37]; (D) Cecinato et al. [46]; (E) Viana et al. [48]; (F) Viana

et al. [45]. (G) Cecinato (2011) (see Acknowledgments)

Table 3 Airborne concentrations of THC and cannabinoids (CBs) detected around the world

THC/CBs

No. of

locations

Mean

(pg/m3)

Stdev

(pg/m3)

Min

(pg/m3)

Max

(pg/m3)

Range

(pg/m3)

Algeria (CNB) 1 <1 ND <1 <1 <1

Italy (CBs) 20 126 126 30 537 30–537

Mexico (CBs) 1 11 5 11 11 11

Spain (THC) 6 30 8 23 44 23–44

CBs sum of cannabinol, cannabidiol and THC, CNB cannabinol
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in Spain (30 pg/m3, with a maximum of 44 pg/m3) than in Algiers (<1 pg/m3). In

Italian cities, cannabinol accounted for more than 90% of the total CBs in ~90% of

cases but in specific samples (the richest ones, which were recorded always during

winter) THC predominated. Moreover, it was surprising to observe that the sum of the

three cannabinoids (CBs) was usually lower than the ambient concentration of

cocaine, even though the abuse of cannabis/marijuana smoking is generally estimated

to be higher.

4.2 Minor Drugs of Abuse: Heroin and Amphetamine-Like
Compounds

Heroin and amphetamine-like compounds (amphetamine, methamphetamine,

MDMA or ecstasy, (R,R)(�)-pseudoephedrine (PS-EPH), and (1S,2R)(+)-ephed-

rine hydrochloride (EPH-HCl), the last two measured together as total ephedrine)

have so far only been detected in airborne particulates in Spain (Tables 5, 6 and 7).

Mean heroin concentrations ranged between 10 and 50 pg/m3 (Table 5), with

maximum daily levels reaching 80–90 pg/m3. The maximum concentrations were

detected in Madrid and A Coruña, and seemed to be independent of population size.

As for amphetamine-like compounds, airborne levels were always below 15 pg/m3

Table 5 Airborne concentrations of heroin, amphetamine, ephedrine, metamphetamine and

MDMA (ecstasy) detected in Spain

Spain No. of locations Mean

(pg/m3)

Stdev

(pg/m3)

Min

(pg/m3)

Max

(pg/m3)

Range

(pg/m3)

Heroin 7 41 34 5 90 5–90

Amphetamine 4 8 7 1.4 15 1.4–15

Ephedrine 3 3.9 0.7 3.1 4.4 3.1–4.4

Metamphetamine 3 6.3 3.6 2.8 10 2.8–10

MDMA (ecstasy) 2 4.0 1.4 3.0 5 3–5

Table 6 Airborne concentrations of heroin at urban locations in Spain

Heroin Location Date Conc. (pg/m3) References

Spain

Madrid (urban) Urban Winter 2007 84 � 53 E

Barcelona (residential) Urban Winter 2008 11 � 4 F

Coruña (residential) Urban Winter 2008 5 F

Coruña (suburban) Urban Winter 2008 24 � 14 F

Barcelona (nightlife) Urban Winter 2008 26 F

Madrid (nightlife) Urban Winter 2008 44 � 21 F

Coruña (nightlife) Urban Winter 2008 90 � 52 F

References: (E) Viana et al. [48]; (F) Viana et al. [45]. It is worth noting that Cecinato et al.

[37, 50] reported heroin levels below the method’s quantification limit (70 pg/m3)
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(Table 5), with amphetamine as the highest contributor to ambient levels (mean of

8 pg/m3).

These mean levels are markedly lower than those described above for cocaine

(ranging between 50 and 200 pg/m3 but occasionally exceeding 1,000 pg/m3) and

CBs (126 pg/m3 in Italy) in urban environments. Conversely, heroin and THC were

detected at similar airborne concentrations in urban areas in Spain (THC23–44 pg/m3,

heroin 5–90 pg/m3), and at a similar number of study locations (six sites for THC,

seven for heroin). The different consumption patterns of each drug of abuse

should be assessed in order to interpret the ambient concentrations found: cocaine

is generally consumed as powder, whereas cannabis (THC or CBs) is mostly

smoked, amphetamines are handled as pills and heroin may be injected and/or

smoked. Thus, the emission of cocaine, cannabis and heroin into the atmosphere

is direct through consumption and handling, whereas amphetamine traces are

emitted mainly through handling of the pills. This probably explains the lower

concentrations of amphetamines (always <15 pg/m3) found. In addition, the low

molar mass of amphetamines (135 g/mol) when compared to that of other drugs

(e.g., heroin, 369 g/mol) and their high vapour pressure could also be the causes

of the lower levels of these compounds detected in particulate form.

4.3 Nicotine and Caffeine

Till now nicotine and caffeine have been monitored outdoors only to chemically

characterise the particulates containing illicit substances, with the purpose of

Table 7 Airborne concentrations of amphetamine-like compounds at urban locations in Spain

Spain Amphetamine

Location Date Conc. (pg/m3) References

Barcelona Urban Winter 2007 2.3 � 1.2 E

Madrid Urban Winter 2007 1.4 � 0.9 E

Barcelona (nightlife) Urban Winter 2008 13 � 0.5 F

Barcelona (residential) Urban Winter 2008 15 F

Ephedrine

Barcelona (nightlife) Urban Winter 2008 3.1 F

Barcelona (university) Urban Winter 2008 4.4 F

Barcelona (residential) Urban Winter 2008 4.3 � 1.5 F

Metamphetamine

Barcelona (nightlife) Urban Winter 2008 6 F

Barcelona (residential) Urban Winter 2008 2.8 F

Madrid (nightlife) Urban Winter 2008 10 � 10 F

MDMA (ecstasy)

Madrid (nightlife) Urban Winter 2008 3 F

Coruña (nightlife) Urban Winter 2008 5 F

References: (E) Viana et al. [48]; (F) Viana et al. [45]

448 M. Viana et al.



pointing out quantitative links among the respective airborne concentrations

[37, 46]. Indeed, no toxic properties have been ascribed to the two pure compounds

at the amounts expected in the atmosphere. On the other hand, looking to the

worldwide consumption of nicotine and caffeine, very little is known about their

time and space modulations. A short example is provided in Fig. 4 where the

average concentrations of nicotine and caffeine recorded in Italy during 2009 are

shown. The measurements were made in January–February and in June.

The highest airborne concentrations of nicotine and caffeine have been recorded in

the Northern cities (see Fig. 4). The gross average of nicotine reached 36 � 8 ng/m3

in winter and 14 � 3 ng/m3 in summer across Italy, and that of caffeine 15 � 8 ng/

m3 and 1.2 � 0.6 ng/m3, respectively. In the Rome metropolitan region, nicotine was

28 � 8 ng/m3 and 11 � 2 ng/m3 in the two periods, and caffeine 1.5 � 0.5 ng/m3

and 0.3 � 0.1 ng/m3.

According to the data available in the literature, both nicotine and caffeine reach

much higher concentrations in winter than in summer. The ambient temperature

probably influences the net amounts of compounds in the particulate phase, through

promoting volatilization in the warm season; for instance, nicotine was �2.2 times

more abundant in winter than in summer. Nonetheless, atmospheric oxidants seem to

play a complementary role; in fact, with regard to nicotine this hypothesis is in

Fig. 4 Average atmospheric concentrations of nicotine and caffeine in Italy (2009). Top: Cities
lying in Northern (N), Central (C) and Southern (S) Italy: TO: Turin (N); MI: Milan (N); Bo:

Bologna (N); FI: Florence (C); RM: Rome (C); NA: Naples (S); BA: Bari (S); RD: Rende (S); CT:

Catania (Sicily). Bottom: Rome metropolitan region, BEL Belloni Street, CIP Cipro Street, FRA
Francia Boulevard, MLB Montelibretti, CIA Ciampino, CIV Civitavecchia, CFE Colleferro, GUI
Guidonia
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agreement with the frequent detection of cotinine in summer samples; moreover, the

winter/summer concentration ratio of caffeine reached �10 (Fig. 5).

5 Spatial and Temporal Variability of Airborne Psychoactive

Substances in Cities

The atmospheric and chemical processes controlling the spatial and temporal

variability of psychoactive substances in urban atmospheres are largely uncertain,

mostly due to the fact that the atmospheric residence time of these compounds is so

far unclear. The transport, transformation and deposition/atmospheric removal

Diagram flow of chemical characterization of organic particulate matter

Daily sampling collection; pooling into weekly groups

Soxhlet extraction (dichloromethane/acetone)

Separation of three classes of polarity (Al2O3 column chromatography)

Analysis by CG-MSD

Non-polar compounds
(n-alkanes)   

Low-polar compounds
(PAH, Nitro-PAH)  

Highly-polar compounds (aza-
heterocyclics, alcohols, carbonyls)  

Fig. 5 Top: Diagram flow of the procedure adopted by Cecinato et al. [37, 46] to determine

psychotropic substances. Bottom: Drug detection through GC-MSD (EI-SIM) analysis of an

airborne particulate organic extract, highly polar fraction. (Rome, 2006)
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mechanisms of psychoactive substances are a current subject of study. One incog-

nita is the prevalence of these compounds in the atmosphere, i.e., whether they

remain in suspension and propagate unaltered after their release, or whether chemical

transformations occur while the drugs are airborne. In addition, the social, geo-

graphical and meteo-climatic contexts are factors to be taken into account. High

airborne contents of cocaine were detected in areas of high drug prevalence, which

are usually considered large metropolis. It is worth noting, in this regard, that

densely inhabited areas are probably the more prone both to atmospheric pollution

and drug of abuse consumption. However, drug levels did not always correlate with

population size, as seen in Spain where cocaine levels were highest in Madrid and

Barcelona (the country’s two major cities, see Table 2), whereas heroin levels were

highest in A Coruña (Table 6).

Studies carried out in Italy evidenced that airborne drug levels did not always

follow atmospheric pollution indicators such as particulate PAH or PM10, and that

low concentrations were concurrent with high levels of ozone and/or air tempera-

ture. In order to be able to correctly interpret temporal and spatial variations of drugs

of abuse in ambient air, the concentrations of these substances should be normalised

by means of usual pollution indicators such as PM2.5 or soot. This normalisation

allows for the direct comparison of drug concentrations between different localities

and study periods. This approach is of course advisable for legal psychoactive

substances (caffeine and nicotine) as well. For instance, the cocaine/nicotine,

cocaine/caffeine and cocaine/PAH concentration ratios (data not reported here)

at Belloni Street (Italy) were 1.5–2 times higher than in the other downtown sites

and 2–4 times higher than in the towns, roughly proportional to the local densities of

population. In Spain, cocaine levels were potentially linked to population size

(not population density), whereas the levels of heroin and cannabinoids in the

three cities studied (Madrid, Barcelona and A Coruña) seemed to be independent

of it. To this respect, it is important to consider that cocaine and cannabis are mainly

perceived as recreational drugs, whereas heroin abuse is a more marginal conduct.

Other than population size, studies in Spain have shown a correlation between

airborne concentrations of drugs of abuse and social environments with regard to

drug abuse: nightlife, university and residential areas. Independently of population

size, higher levels were detected in the nightlife areas, pointing towards consump-

tion and trafficking as major emission sources, and possibly ruling out drug

manufacture. With only one exception in Barcelona, a clear decreasing trend was

detected in the levels of cocaine, heroin and cannabinoids from the nightlife areas,

to the university campus and the residential areas (see Fig. 6 for one example).

These results suggest that the concentrations of drugs of abuse in ambient air are a

good indicator of social behaviour with respect to these substances (consumption

and/or small-scale trafficking). The determination of the levels of psychotropic

substances in ambient particulates may even be considered a useful tool to monitor

drug abuse or trafficking in urban environments, and to detect it even in areas where

it might not be expected.

The temporal variability of these substances has been analysed as a function of

annual and weekly trends. Weekly concentrations monitored for almost 2 years in
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Rome and Montelibretti (Italy) evidenced slightly higher cocaine concentrations

during the summer, which in Rome correlated with the levels of benzo(a)pyrene

(but not at Montelibretti, Fig. 7). This finding should be ascribed to the different

features of locations. In fact, the residential zones were preferably examined in

Rome, whilst Montelibretti was affected by duty vehicle traffic, that probably

increased the PAH release into the atmosphere. In Spain, the weekly evolution of

drugs of abuse in atmospheric particles (normalised by PM, to remove the influence

of meteorology) evidenced a clear weekly trend for ambient concentrations of all

substances (cocaine, heroin, cannabinoids and ephedrine, Fig. 8), with higher levels
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Fig. 6 Airborne concentrations of cocaine, heroin and cannabinoid (THC) in three areas in the

city of A Coruña (Spain): recreational nightlife, suburban and residential
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Fig. 7 Weekly modulation of cocaine, benzo(a)pyrene, nicotine and caffeine in the air of

downtown Rome and Montelibretti from January 2006 to September 2007
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during weekends (including Fridays) and with weekend/week day ratios of up to 20

for cocaine and 48 for THC. This trend, expected for nightlife areas due to the

increased consumption or trafficking, was however unexpected at university and

residential areas. In the latter, either: (a) levels were expected to be higher on

weekdays due to the presence of students (university), or (b) levels were expected to

remain constant due to the absence of consumption (residential area). Conversely,

higher levels were always detected during weekends. This result suggests a long

residence time of these substances in the atmosphere, which seem to remain in

suspension and propagate unaltered after their release. Thus, we may hypothesize

that drug emissions into the atmosphere take place mostly in the nightlife areas and

on weekends, and that drugs are then transported on the city-scale and detected in

residential and university areas. Because of dilution processes during transport of

the drugs, it is not possible with the current data to quantitatively estimate the

atmospheric residence time of the drugs analysed.

One issue which remains unclear in the literature is if the occurrence of drugs of

abuse in the atmosphere is related to trafficking, manufacture or abuse [46]. The

temporal or spatial patterns of drug manufacture in cities are uncertain. However,

the concentrations detected in Spain peaked on weekends and in the nightlife areas,

thus suggesting consumption and/or small-scale trafficking (dealing) as the main

emission source.

6 Consumer Groups and Consumption Patterns

According to the most recent statistics, tobacco smokers exceed one billion in

number and about 15 billion cigarettes are consumed every day [8]. In particular,

more than 60% of 14�65y males are smokers in China and Russia, �50% in
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Eastern Europe, 30% in Western Europe and Brazil, 19% in USA, Canada and

Mexico and 14% in India. Female smokers are lesser (25% in Eastern and Western

Europe, 20% in Brazil, 17% in USA) or much lesser (10% in Russia, China and

India; 2.5% in Mexico), with the exception of France, Germany and Argentina

(35%). Eleven to fifteen cigarettes per capita are smoked every day on the average.

Alternatives to cigarettes (cigars, electronic devices, beedis, pipes and vaporizers)

are appreciated by small fractions of population.

Caffeine-containing beverages are consumed by a large fraction of world

populations. Coffee is drunk preferably by European and American people

(11.9 kg/year per capita in Finland, 6.50 kg/y p.c. in Germany, 5.8 kg/y p.c. in

Italy, 5.7 kg/y p.c. in Brazil), while consumption is much lower in Asia and Africa

(0.9 kg/y p.c. in Ivory Coast, 0.1 kg/y p.c. in Benin, 0.1 kg/y p.c. in India) [52]. The

caffeine contents range from 3 mg/cup for decaffeinate, to 65 for instant and to

115 mg for roasted and ground coffee. On the other hand, non-coffee consumers

very often drink tea, which contains 0.16�0.40 mg/mL of caffeine, and caffeine is

present also in chocolate (0.4�0.9 mg/g) and in cola beverages (~120 mg/L). For

instance, when the world tea crop production reaches 3.95 � 1012 g per year, China

and India account for 1.38 and 0.80 � 1012 g, respectively [53].

The consumption of drugs of abuse may follow patterns which define different

types of consumer groups [54]. This means that certain drugs may be preferred by

certain types of consumers, and thus be consumed at the same location at a given

point in time (by single or different individuals). This pattern is consequently

reflected in the airborne concentrations of these substances. By means of statistical

analyses, high degrees of correlation (r2 ¼ 0.98) were found between cocaine and

amphetamine in Spain, whereas weak relationships were found between cocaine

and heroin (r2 ¼ 0.26). The consumption of heroin and cocaine was not expected to

be linked in space and time, given the different profiles of consumers of both

substances [55, 56]. THC was rarely consumed in combination with any of the

other substances, showing low correlation coefficients.

In addition, the ratios between weekend and weekday levels for the different

substances in Spain also revealed characteristic consumption patterns: cocaine

levels were higher on weekends than on weekdays by a factor of 1–3, cannabinoids

were higher by a factor of 1–2, and heroin was higher by a factor of only 1.1–1.7. As

described above, cocaine and cannabis are perceived as recreational drugs, whereas

heroin abuse is a more marginal conduct, and therefore cocaine and cannabinoid

levels show a much stronger increase during weekends than those of heroin.

Conversely, heroin consumption is slightly more constant throughout the week,

according to airborne concentrations of these substances.

The correlation of airborne drugs of abuse and other anthropogenic atmospheric

pollutants might provide insights into potential emission sources of psychotropic

substances. In Spain, the atmospheric pollutants used for this analysis were PM2.5

chemical components. At one urban background location in Barcelona and Madrid,

cocaine and THC levels were correlated with tracers of vehicular traffic: mineral

matter, copper (Cu) and antimony (Sb) in Barcelona (the monitoring station was

located in the vicinity of an unpaved parking lot, thus the high mineral matter
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emissions), and total carbon in Madrid. Total carbon, copper and antimony are

well-known tracers of vehicular emissions (Adachi and Tainosho 2004) [59].

Higher vehicle traffic indicates higher potential consumer traffic. As expected, no

significant correlations were found between drugs of abuse and sulphate (SO4
2�),

a well-known tracer of long-range air mass transport (Seinfeld and Pandis 1998)

[60]. Despite these findings, the determination of the local or regional origin of the

drugs of abuse in atmospheric particles is a very complex issue involving large

uncertainties regarding source–receptor relationships at such scales.

7 Exposure to Airborne Psychotropic Substances: Potential

Health Effects

With regard to the potential health hazards related to the inhalation of these

substances by non-consumers, an estimation was made based on data provided by

the Spanish Observatory for Drugs [54]. According to these data, average doses for

private consumption are 197 mg of cocaine, 106 mg of heroin and 2–5 g of cannabis

(THC). As a result, and based on the maximum daily ambient concentrations detected

in Spain, it was estimated that it would require breathing over a period of

32,000–47,000 years (based on average human breathing of 20 m3/day) to inhale

the equivalent of 1 dose of cocaine. In the case of THC, it would take > 4 � 106

years to inhale the equivalent to 1 dose, and >100,000 years for heroin. As a

conclusion, personal exposure to the levels of drugs detected in ambient particulates,

in the levels reported in Viana et al. [45, 48] may be considered negligible.

As for ambient toxicity associated with drugs, no studies have been conducted

till now and probably will not be made in the near future. The knowledge about

their occurrence in the atmosphere and the potential medium- and long-term effects

of exposition to the low concentrations normally detected in air is too poor.

However, cocaine levels have been detected which exceeded benzo(a)pyrene or

nicotine, reaching hundreds of nanograms per cubic metre in open air. Thus, both

licit and illicit substances should be reasonably included among emerging

contaminants. Combining progress, scientific knowledge and legislation, the com-

munity is clearing the atmosphere from “old” pollutants; but the lack of sensibility

and awareness is introducing new dangerous species into the environment.

8 Discussion: Drawing Abuse Prevalence Indicators

from Drug Contents in the Air

Unfortunately, till now measurements were unavailable from drug production

regions as well as from sites suspected of drug refinery or trafficking. By conse-

quence, the possibility of identifying point-type sources like refineries and drug

shops is still unexplored. Due to the variety of factors determining the concentration
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of psychotropic substances in the atmosphere, whatever algorithm capable of linking

abuse prevalence in local communities (inhabitants of city districts, urban areas or

metropolitan regions) to the airborne contents of drugs must be complex. Thus, the

route to transform the airborne concentration of cocaine, cannabinoids or chemicals

into prevalence indicators (similar to what is happening for the drug residues

contaminating waste waters [57]) bristles with difficulties and uncertainties.

To reach this purpose, two ways seem practicable. The first would require to

estimate all parameters determining the actual content of cocaine in the air,

including the emission population density, the emission factor (i.e., the net drug

amount released per dose consumed), the percentage existing in the particulate

phase and the average height of the boundary layer along with other meteorological

parameters controlling atmospheric dilution. Moreover, the persistence of cocaine

in the atmosphere should be presumed. The second way would consist of selecting

one co-pollutant presenting a similar environmental behaviour, but whose release

into the atmosphere is quite independent of land-characterized population. Whereas

measurable, this co-pollutant would act as “normalisation” factor accounting for all

environmental variables except for the prevalence of abuse. Both approaches

proposed should be verified and would require to be “tuned” on the basis of

historical archives of drug consumption.

The determination of the levels of drugs of abuse in atmospheric particulates

collected at regular air quality monitoring sites could constitute a useful public

health tool with a range of potential applications

– Long-term monitoring of consumption patterns: the determination of the levels

of drugs of abuse on a broader temporal scale (e.g., years) would allow for the

identification of changes in consumption patterns, linked to the decrease in the

consumption of certain substances and the increase of new emerging drugs.

– Mapping of consumption and/or drug dealing areas within cities: drug monitor-

ing with a high spatial resolution would allow detecting and identifying potential

hotspots in any given city, which would indicate high consumption or drug

dealing areas.

– Modelling of levels and atmospheric transport of drugs of abuse in the urban

environment: results from ambient levels of drugs of abuse within the city could

be introduced in dispersion models for simulate atmospheric transport of these

substances in urban environments. This methodology can be combined with

health population data and other tools such as GIS-based systems in order to

generate health-risk maps.

– This tool, based on regular monitoring sites from existing networks presents a

number of major advantages. One of the main ones is that chemical

determinations of psychoactive substances may be performed on particulates

collected on quartz-fibre filters, which are the EU reference collection substrates

EU 2008 [58], and are therefore currently available throughout Europe and the

United States in local air quality networks. This minimises the cost of these

determinations with no new sampling instrumentation needed. Other advantages

over the usual indicators are semi real-time information (12–24 h sampling
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duration), anonymity and cost. In addition, the determination of drugs in air-

borne particulates would allow for the detection of activities such as drug

handling and dealing, which are related to consumption but which are not

detectable by indicators such as population health statistics.
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would also like to thank Prof. Amador Muñoz and his staff (Atmospheric Science Center,
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39. Nebot M, López MJ, Gorini G, Neuberger M, Axelsson S, Pilali M, Fonseca C, Abdennbi K,

Hackshaw A, Moshammer H, Laurent AM, Salles J, Georgouli M, Fondelli MC, Serrahima E,

Centrich F, Hammond SK (2005) Environmental tobacco smoke exposure in public places of

European cities. Tobac Contr 14:60–63

40. Stillman F, Navas-Acien A, Ma J, Ma S, Avila-Tang E, Breysse P, Yang G, Samet J (2007)

Second-hand tobacco smoke in public places in urban and rural China. Tobac Contr

16:229–234

41. Selvavinayagam TS (2010) Air nicotine monitoring study at Chennai, Tamil Nadu to assess the

level of exposure to second hand smoke in public places. Indian J Commun Med 35:186–188

42. Cecinato A, Balducci C (2007) Detection of cocaine in the airborne particles of the Italian

cities Rome and Taranto. J Sep Sci 30:1930–1935

43. Lai H, Corbin I, Almirall JR (2008) Headspace sampling and detection of cocaine, MDMA,

and marijuana via volatile markers in the presence of potential interferences by solid phase

microextraction-ion mobility spectrometry (SPME-IMS). Anal Bioanal Chem 392:105–113

44. Postigo C, Alda MJLd, Viana M, Querol X, Alastuey A, Artiñano B, Barcelo D (2009) Determi-
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