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   Preface       

     I was at a conference where someone said something about the 
Holocene. I suddenly thought this was wrong. The world has 
changed too much. So I said: ‘No, we are in the Anthropocene.’ 
I just made up the word on the spur of the moment. Everyone 
was shocked. But it seems to have stuck. 

 Nobel Prize-winner Paul Crutzen   

To fi nd rapidly chapters of interest in this book please see list of topics in Table 1 
page ix.

   Fukushima, Chernobyl and Climate Change 

   Nuclear Plants on Earthquake Zones 

 Everybody has been recently shocked by the major accident of the nuclear power 
plant on March 31, 2011 at Fukushima, Japan. Such a failure was both unexpected 
and expected. Unexpected because most thought that the 1986 nuclear disaster at 
the power plant of Chernobyl, Ukraine, could never happen again, especially in 
wealthy, high technology countries such as Japan. Expected because geology tells 
us that Japan lies on the cusp of the Pacifi c-Philippine-Eurasian triple plate junction, 
where the complex interactions of three tectonic plates is unpredictable and loaded 
with potential activity. As a consequence, Japan experiences regular, high intensity 
earthquakes, tsunamis and volcanoes since centuries. Similarly to the Chernobyl 
global ‘event’, the release of radioactive pollutants from Fukushima nuclear plant in 
water, air, and soil will most probably severely affect human health, food security 
and economy worldwide for decades. Therefore, one might just ask why nuclear 
plants are built on such high-risk areas.  
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   Human Errors Are Repeatable 

 The global warming event has similar features – though less rapid and catastrophic 
– as the Chernobyl and Fukushima events on several rationales. First, the global 
warming is a worldwide event due notably to worldwide CO 

2
  emissions (Lichtfouse 

2009a), a fact that is nicely coined by the popular saying “pollutants have no bor-
ders”. Second, the effects of global warming are now clearly proven by many scien-
tifi c trends (Feehan et al. 2009; Jones et al. 2009; Lavalle et al. 2009). Third, despite 
all such scientifi c evidence humans still use cars and planes that emit CO 

2
 ; they 

practice intensive, industrial agriculture that decrease soil carbon, and in turn emits 
CO 

2
 ; they cut forest, which in turn emits CO 

2
 , and so on. Recent essays reports on 

global issues of and solution for society (Lichtfouse 2009a, b, 2010). From the sci-
entist view, one might say ironically that “human errors are repeatable”.  

   Social Chemistry 

 From those global issues several conclusions and advices can be drawn to improve 
society and the life of further generations. First, overwhelming scientifi c evidence 
is not suffi cient to convince humans, notably decision-makers. Such a failure is due 
in particular to the lack of communication between science and society. In other 
words, scientists should not only publish in scholarly journals and attend high-level 
scientifi c meetings, but also communicate with the “real world”. Here, a “social 
impact factor” to measure the impact of science on society – based for instance on 
web, facebook and blog usage data – would be very appreciated. 

 A second advice is that classical natural sciences such as chemistry, physics, 
biology, geology and medicine should integrate social, human and political sciences. 
In other words, the real world should be involved in the process of scientifi c discovery 
to bridge the gap between science and people. The integration of social disciplines 
is already occurring in agrosciences (Fleming and Vanclay 2010; Karami and 
Keshavarz 2010; Lichtfouse 2010; Lichtfouse et al. 2009, 2010). Indeed agriculture 
has always been historically closer to citizens, e.g. farmers, than chemistry and 
physics. The need for analysis of citizen discourses is nicely shown by the following 
survey answer: ‘What’s sustainable? You’ve got to look at our world as we know it. 
We’re not in a sustainable position at the moment. That’s why I say what is sustainable 
– I don’t know’ (Fleming and Vanclay 2010). 

 The concept of discourse was introduced in the 1960s by the French philosopher 
Michel Foucault. Foucault (1972) maintained that the way language is used has 
consequences for a whole range of things that go beyond the level of individuals or 
disciplines, to the very structures of society that shape and limit how people are able 
to speak, think, and act, and to the social structures that are developed accordingly. 
Now, environmental chemistry should use techniques of social sciences such as 
discourse analysis to discover novel fi ndings that will be both innovative and 
accepted by citizens.   
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   The Success of Environmental Chemistry 

   Association of Chemistry and the Environment 

 We founded the Association of Chemistry and the Environment in 2000 with a 
group of environmental scientists (  www.europeanace.com    ). A “chemistry fl ower” 
logo was designed to symbolise positive benefi ts of chemistry for Nature (Fig. 1). 
The association was launched by the organisation of the two fi rst European Meeting 
on Environmental Chemistry by Eric Lichtfouse, Brigitte Elbisser and co-workers 
in 2000 in Nancy, France, and in 2001 in Dijon, France. Meetings were immediately 
a success, with more than 300 attendants, due to several factors such as hard work 
from the organising team, willingness to create a new science community in a highly 
conservative science system, and gathering in a friendly location scientists from 
various isolated disciplines such as soil science, toxicology and chemistry. The fi rst 
presidents of the association were Eric Lichtfouse (2000–2004) and Jan Schwarzbauer 
(2005–2009). Noteworthy, well established associations, in particular the Division 
of Environmental Chemistry and the Division of Geochemistry of the American 
Chemical Society (ACS), supported us, in particular by organising joint symposia 
sponsored by the petroleum research fund. We therefore thank very much the 
American Chemical Society.   

  Fig. 1    The    “chemistry 
fl ower” was designed by Eric 
Lichtfouse and Guillaume 
Decaux to symbolise positive 
benefi ts of chemistry for 
Nature. Guillaume Decaux is 
a professional drawer living 
in Strasbourg, France (  http://
www.alcide.fr/    )       
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   Environmental Chemistry Letters 

 We founded the journal Environmental Chemistry Letters in 2003 to fi ll the science 
gap between chemistry and environment (  www.springer.com/10311    ). Despite a tough 
selection by the Thomson Reuters agency to enter the Science Citation Index, we got 
our fi rst impact factor of 0.814 for 2006, only 3 years later . The impact factor increased 
steadily to reach 2.109 in 2009 (Fig. 2) (  www.thomsonreuters.com    ). The increase of 
the impact factor can be explained by a higher quality of articles, as a result of higher 
rejection that reached 73% in 2009. Given the rapid increase of submitted articles, 
more that 70% of articles are now declined at pre-screening stage. Journal articles are 
highly viewed as proven by the number of pdf downloads that reached 36,549 in 2009 
(100 per day). This fi nding is both unexpected and expected. Unexpected because 
most articles are not in open access. Expected because Springer has about 30 millions 
scientists who access articles. Here, contrarily to the common thinking, articles pub-
lished in restricted access by a major publisher are probably much more visible than 
open access articles published by a minor publisher.   

   Environmental Chemistry 

 We published the book Environmental Chemistry in 2005 (Lichtfouse et al. 2005b). 
The book includes 69 chapters sorted in 7 sections: Analytical Chemistry, Toxic 
Metals, Organic Pollutants, Polycyclic Aromatic Hydrocarbons, Pesticides, Green 
Chemistry, and Ecotoxicology. The book is a success with over 35,000 chapters 
downloads from 2007 to 2010. Book chapters are still highly downloaded with 639 

Impact Factor
Environmental Chemistry Letters

3

2

1

0
2005 2006 2007 2008 2009 2010

  Fig. 2    The impact factor of 
the journal Environmental 
Chemistry Letters ( ECL ) 
increased from 0.814 in 2006 
to 2.109 in 2009. Article pdf 
downloads reached 36,549 in 
2009 (100 per day)       
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x Preface

downloads in January 2011 (20 per day). The highest recent downloads can be 
freely viewed at Springer Realtime (  www.realtime.springer.com    ). Here the most 
popular topics are heavy metals, bioremediation and green chemistry.  

   Environmental Chemistry for a Sustainable World 

 This new book series presents 23 chapters published into 2 volumes: Nanotechnology 
and Health Risk (Lichtfouse et al. 2011a), and Remediation of Air and Water 
Pollution (Lichtfouse et al. 2011b). Table 1 allows fast access to chapters by topics. 
All chapters have been reviewed and the rejection rate was 15%. The Nanotechnology 
section highlights carbon nanotubes for energy and detection; cyclodextrins for 
pollutant trapping; magnetic nanophotocatalysts for pollutant degradation; and 
polysaccharides for metal oxide green synthesis. The Health Risk section describes 
new fi ndings on the old DDT pesticide; geochronology of river pollutants; toxic 
effects of endocrine disruptors; and heavy metals in seafood. The Air and Water 
Pollution section presents the selective degradation of chiral pharmaceuticals; the 
alteration of housing walls by CO 

2
 , SO 

2
  and NOx; cleaning industrial waste gas and 

dyes wastewater; methods to extract and detect pollutants; and harmful chlorinated 
pollutants. The Remediation section highlights the electrochemical degradation of 
pharmaceuticals; methods to treat biogas CO 

2
 , CH 

4
 , H 

2
 S and NH 

4
 ; heavy metal 

sequestration on biomass and soil nodules; As phytoremediation; and photocatalytic 
inactivation of water microbial pathogens.

Eric Lichtfouse, 
Jan Schwarzbauer, 

Didier Robert      
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  Abstract   Pollution of the aquatic environment by pharmaceuticals is of major 
concern. Indeed pharmaceutical pollutants have several undesirable effects for many 
organisms, such as endocrine disruption and bacterium resistance. They are resis-
tant to several degradation processes, making their removal diffi cult and slow. 
Pharmaceuticals reach the environment due to their ineffi cient removal by waste 
water treatment plants (WWTP), and by improper disposal of unused medicines. In 
aquatic environments pharmaceuticals reach concentrations at trace levels of 
ngL −1 – m gL −1  range. Many pharmaceutical pollutants are chiral. They occur in nature 
as a single enantiomer or as mixtures of the two enantiomers, which have different 
spatial confi guration and can thus be metabolized selectively. In spite of similar 
physical and chemical properties, enantiomers have different interactions with 
enzymes, receptors or other chiral molecules, leading to different biological 
response. Therefore they can affect living organisms in a different manner. The fate 
and effects of enantiomers of chiral pharmaceuticals in the environment are still 
largely unknown. Biodegradation and toxicity can be enantioselective, in contrast to 
abiotic degradation. Thus accurate methods to measure enantiomeric fractions in 
the environment are crucial to better understand the biodegradation process and to 
estimate toxicity of chiral pharmaceuticals. 

 We review (1) general properties of chiral compounds, (2) current knowledge on 
chiral pharmaceuticals in the environment, (3) chiral analytical methods to deter-
mine the enantiomers composition in environmental matrices, (4) degradation and 
removal processes of chiral pharmaceuticals in the environment and (5) their toxic-
ity to aquatic organisms. The major analytical methods discussed are gas chroma-
tography (GC), high performance liquid chromatography (HPLC), electrochemical 
sensors and biosensors. These chiral methods are crucial for the correct quantifi ca-
tion of the enantiomers regarding that if an enantiomer with more or less toxic 
effects is preferentially degraded, the assessed exposure based on measurements of 
achiral methodologies would overestimate or underestimate ecotoxicity. The degra-
dation and biodegradation is discussed using few examples of important therapeutic 
classes usually detected in the aquatic environment. Few examples of ecotoxicity 
studies are also given on the occurrence of enantiomers and their fate in the environ-
ment which differs with regard to undesirable effects and to biochemical 
processes.  
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    1.1   Introduction – Basic Concepts of Chirality 

 Chiral compounds are substances with a similar chemical structure that, in general, 
confers them the same physical and chemical properties like melting point, solubility 
and reactivity. However they differ in the deviation of polarized light due to the dif-
ferent spatial confi guration originated by planes, axis or centers of asymmetry given 
two nonsuperposable left-handed and right-handed mirror images compounds, 
called enantiomers. The planar chirality refers to a planar unit connected to an adja-
cent part of the structure by a bond which results in restricted torsion avoiding the 
symmetry plane as in the monosubstituted paracyclophane (Fig.  1.1a ). When a set 
of ligands is held around an axis originates a spatial arrangement which is nonsuper-
posable on its mirror image known as axial chirality. Such cases include  ortho -
substituted biphenyls and substituted allenes, a group of stereoisomers called 
atropoisomers which have a restricted rotation about a single bond, being the abso-
lute confi guration called  R  or  S  preceded by an a ( aR  or  aS ) to distinguish them by 
other optical active compounds (Fig.  1.1b, c, d ) (Moss  1996 ; Santos et al.  2007  ) .   
 The center chirality consists in a stereogenic center holding a set of four different 
substituents in a spatial arrangement which also origins two nonsuperposable left-
handed and right-handed mirror image compounds (Fig.  1.2 ). The most common 
type of center chirality is a stereogenic carbon (Fig.  1.3 ), but other atoms such as 
sulphur or phosphorus can also be a stereogenic center (Fig.  1.4 ).      Enantiomers can 
be identifi ed by the manner to rotate the polarized light, to the right (clockwise) are 
called dextrorotatory, (d) or (+), and to the left (counter clockwise) are denominated 
levorotatory, (l) or (−). Concerning their chemical confi guration relative to the spa-
tial orientation of the substituent of the chiral center, enantiomers can be ( R ) from 
the Latin rectus or ( S ) from the Latin sinister. The equimolar mixture of two 
enantiomers is a racemate or a racemic mixture and does not rotate the polarized 
light (Eliel and Wilen  1994  ) . Despite the similar thermodynamic properties in achi-
ral medium, enantiomers normally have a different behaviour when the environ-
ment is also chiral. Amino acids, carbohydrates, deoxyribose and ribose are chiral 
compounds which are the unity of important natural molecules such as proteins, 
glycoproteins, DNA and RNA, respectively (Müller and Kohler  2004 ; Hühnerfuss 
and Shah  2009  ) . As such, in biological processes, enzymes, receptors and other 
binding-molecules have the capacity to recognize enantiomers in a different way. 
The model that demonstrate the recognition of an enantiomer by a receptor due to 
their complementary confi guration is illustrated in Fig.  1.5  demonstrating that the 
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other enantiomer does not match the same receptor and thus do not have the same 
activity in this receptor. However it can be a ligand for other receptor, leading to 
another activity, side effects, or even toxic effects. When enantiomers of one phar-
maceutical compound have the same type of activity but differ in the potency, 
eutomer is the enantiomer whit higher potency whereas distomer is the one that 
have such activity reduced, being the ratio of the potencies termed eudismic ratio 
(Caldwell et al.  1988  ; Cox 1994 ).   

Ra b

c d

R1

R2

R1 R1

R2 R2

R3

R3R4

R4

R1

R2

C C CCC C

 monosubstituted [2.2]paracyclophane ortho-substituted biphenyl

(Sa)-allene (Ra)-allene

  Fig. 1.1    ( a ) Structure of monosubstituted [2.2] paracyclophane possessing planar chirality; 
( b ) Structure of ortho-substituted biphenyl with axial chirality; ( c ,  d ) Structures of ( aS ) and ( aR )-
allenes showing its axial chirality, supposing that the sequence order is R4>R3>R2>R1, originating 
the ranking 1 for R4, 2 for R3, 3 for R2 and 4 for R1(Eliel and Wilen  1994  )        

  Fig. 1.2    Stereogenic atom (X) with four different substituents (R1, R2, R3, R4) originating the 
nonsuperposable structures       
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  Fig. 1.3    Structures of three pharmaceuticals with a carbon stereogenic center. ( a ) atenolol; 
( b ) propranolol; ( c ) fl uoxetine       
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  Fig. 1.4    ( a ) Structure of modafinil with a sulphur stereogenic center; ( b ) Structure of 
2,3-dimethyl-7-phenyl-5-(phenylsulfanyl)-7-( R/S )-phosphabicyclo[2.2.1]hept-2-ene with a phospho-
rus stereogenic center       

  Fig. 1.5    Schematic process of the complementary recognition of one enantiomer ( a ) rather than 
the other ( b )       
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    1.2   Chiral Pharmaceuticals 

 Pharmaceuticals are chemicals used for diagnosis, treatment, alteration or prevention 
of disease, health condition, or structure/function of the human body, including 
veterinary drugs. They act by interaction with the binding site of the drug receptor 
which is a macromolecule such as enzymes, nucleic acids or membrane-bounded 
proteins, promoting the pharmacological action by the formation of a drug-receptor 
complex (Stringer  2006  ) . Their action in humans is well described, but their mecha-
nism and cumulative effects are mostly unknown in non-target organisms (Daughton 
and Ternes  1999  ) . 

 Chiral pharmaceuticals are becoming of environmental concern because of the 
different pharmacokinetic, pharmacodynamics, toxicological and ecotoxicological 
properties occurring between enantiomers which may differently affect aquatic 
organisms. Concerning to pharmacokinetics, absorption, distribution (e.g. transport 
by passive or active way, in which the protein binding is important), metabolism and 
excretion can be different for each enantiomer since they represent biological 
processes in which binding proteins, membrane proteins, enzymes and other chiral 
molecules have an important role. Likewise, the pharmacodynamics involves the 
interaction with receptors like membrane proteins or enzymes which can be differ-
ent for each enantiomer. Because chiral pharmaceuticals have normally different 
pharmacokinetic and pharmacodynamics properties, they have different dissocia-
tion constant from the binding site and different attachment to it leading to different 
biological response in quality or quantity (Campo et al.  2009  ) . 

 In a review concerning the chirality in pharmaceuticals, Lima  (  1997  )  related 
few examples of chiral pharmaceuticals that can be used as racemates, as in the 
following cases:

    (a)    The pharmacologic activity of both enantiomers is the same (e.g., prometazine, 
antihistaminic). This effect is due to the equal pharmacokinetic and pharmaco-
dynamics properties;  

    (b)    One enantiomer is biologically more active than the other (e.g., propranolol, 
 b -blocker). In this case both of enantiomers can reach the receptor, binding to it 
at the binding site with different dissociation constant, leading to a stronger 
attachment of one enantiomer;  

    (c)    One of the enantiomers antagonizes the side effects of the other (e.g., 
indacrinone).     

 In others cases there are drugs that should be commercialized only as a single 
enantiomer, mostly due to the association of the enantiomers to different receptors, 
leading to different responses where (Mannschreck et al.  2007  ) :

    (a)    One enantiomer is biologically active and the other has no activity (e.g., 
 a -metildopa);  

    (b)    One enantiomer is biologically active and the other is antagonist (e.g., picenadol) 
(Franz et al.  1990  ) ;  
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    (c)    The pharmacologic activity of enantiomers is different (e.g., propoxyphene: 
analgesic and antitussive effects);  

    (d)    One enantiomer has side effects (e.g., L-Dopa).     

 Table  1.1  shows few chiral pharmaceuticals that can be used as racemates and/or 
enantiopure formulations, depending on the effects of each enantiomer.  

 The recent advances in stereoselective synthesis and chiral analysis led to an 
increase of the single enantiomers as drugs available in the market (Hutt  1998  ) . The 
re-evaluation of the license of the enantiomeric pure drugs which were produced in 
a racemic mixture, called as chiral switching process, also collaborated to increase 
the use of single enantiomer (Cordato et al.  2003 ; Hutt and Valentová  2003 ; Caner 
et al.  2004  ) . However the chiral switching is related to economical, legislation and 
patent aspects, apart from the evident pharmacologic and toxicological details. 
Some pharmaceutical companies promote the patenting of new enantiopure phar-
maceuticals at the expiring of the patent of the racemic drug (Somogyi et al.  2004  ) . 
This aspect is highlighted by these authors especially when companies start the 
marketing approval of the new enantiopure drug when the racemic drug patent is 
expiring avoiding the release of generics from other companies (Barreiro et al. 
 1997 ; Somogyi et al.  2004 ; Mannschreck et al.  2007  ) . Besides the advantages of 
enantiopure pharmaceuticals, like lower therapeutic doses, more safety margin, 
less interindividual variability, less drug interactions and fewer side effects, chiral 
switching can lead to unexpected toxicity (Baker et al.  2002  ) . As such, the thera-
peutic advantage of an enantiopure drug must be clinically proven to justify the 
cost increase of the new treatment instead of the use of racemates. The single 
enantiomer and the relative racemate should be compared concerning to pharma-
cokinetics and toxicological studies (Hutt and Valentová  2003 ; Somogyi et al. 
 2004 ; Orlando et al.  2007  ) .   Fluoxetine is a noted example of a failed chiral switch-
ing. Both enantiomers of fl uoxetine are potent inhibitors of the serotonin reuptake 
pump but the enantiomers of the metabolite norfl uoxetine have differences in this 
activity, being ( R )-norfl uoxetine an inactive metabolite and ( S )-norfl uoxetine the 
active metabolite (Henry et al.  2005  ) . The affi nity of ( R )-fl uoxetine for human 
5-HT 

2A
  and 5-HT 

2C
  receptor subtypes is high, unlike ( S )-fl uoxetine, being ( R )-

fl uoxetine an antagonist for these receptors leading to an increase of extracellular 
catecholamines, such as serotonine, dopamine and norepinephrine. ( S )-norfl uoxetine 
has a similar binding to the transporter and is recognized as an active metabolite 
whereas ( R )-norfl uoxetine is an inactive metabolite (Koch et al.  2002  ) . Besides, ( S )-
norfl uoxetine is a potent inhibitor of its metabolic enzyme and contributes signifi -
cantly to the half-life of the racemate, being ( R )-norfl uoxetine less active regarding 
this enzyme (Stevens and Wrighton  1993  ) . The chiral switching would be the way 
to develop a new license market of ( R )-fl uoxetine with the same indications as 
racemic fl uoxetine, with a better half-life, a better selectivity for important receptor 
subtypes in depression mechanism and less drug-drug interactions, being a good 
improvement for clinical strategies. However, the development of the ( R )-isomer of 
fl uoxetine was abandoned after an unexpected cardiac side effect, at higher doses, 
identifi ed at Stage II clinical trials (McConathy and Owens  2003  ) . The company 
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   Table 1.1    Examples of chiral pharmaceuticals used as racemates or as single enantiomers   

 Drug 

 Qualitative activity 

 Mode of action  Description  References  Equal  Different 

 Promethazine  X  Equal pharmaco-
logic potency 

 Promethazine  Chen et al. 
 (  1992  )  

 Propranolol  X  Different 
pharmacologic 
potency 

 Propranolol: 
(−)-propranolol 
has a pharmaco-
logical activity 
100 times superior 
to (+)-propranolol 

 Pavlinov et al. 
 (  1990  )  

 Warfarin  X  Warfarin: anticoagu-
lant, with greater 
anticoagulant 
potency of 
(S)-warfarin 

 Choonara et al. 
 (  1986  )  

 Methadone  X  Methadone: 
(R)-methadone has 
higher affi nity for 
the  m -opioid 
receptor and 
longer plasma 
elimination 
half-life 

 Huq  (  2007  )  

 Bupivacaine  X  Both enantiomers 
have pharma-
cological 
activity but one 
of them has 
less toxicity 
and less side 
effects 

 Bupivacaine: S 
(−)-bupivacaine 
has the same 
neural blocking 
characteristics, but 
has a higher 
margin of safety 

 Huang et al. 
 (  1998  )  

 Fluoxetine  X  Enantiomers have 
different 
pharmacologi-
cal activity 

 Fluoxetine: 
(R)-fl uoxetine is an 
antidepressant and 
(S)-fl uoxetine was 
tested for migraines 
prophylaxis 

 Steiner et al. 
 (  1998  )  

 Propoxyphene  X  Propoxyphene: 
(+)-propoxyphene 
is analgesic and 
(−)-propoxyphene 
is antitussive 

 Cooper and 
Anders 
 (  1974  )  

 Indacrinone  X  One enantiomer 
antagonize the 
side effects of 
the other 

 Indacrinone: 
(S)-indacrinone is 
natriuretic and 
(R)-indacrinone is 
uricosuric 

 Jain et al. 
 (  1984  )  

(continued)
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had hoped that ( R )-fl uoxetine would replace fl uoxetine, which was facing imminent 
expiration of its patent protection. 

 Thus there are many pharmaceutical drugs that are both commercialized at race-
mic and enantiopure forms, as described in Table  1.2  (Tucker  2000 ; Hutt and 
Valentová  2003 ; Orlando et al.  2007  ) .  

 There are also some pharmaceuticals, such as Non Steroid Anti-Infl ammatory 
Drugs (NSAIDs), which suffer chiral inversion, e.g., propionic acid derivatives. 
These drugs act by inhibition of cyclo-oxygenase (COX) and consequently the syn-
thesis of prostaglandins and thromboxanes. Except for naproxen (Fig.  1.6 ) they are 

 Drug 

 Qualitative activity 

 Mode of action  Description  References  Equal  Different 

 Ibuprofen  X  One enantiomer is 
pharmacologi-
cally active and 
the other doesn’t 
have activity 

 Ibuprofen: its 
anti-infl ammatory 
activity is almost 
due to 
(S)-ibuprofen 

 Mayer and 
Testa 
 (  1997  )  

 Cetirizine  X  Cetirizine: its 
antiallergic 
activity is due to 
(R)-cetirizine 

 Mannschreck 
et al.  (  2007  )  

 Dopa  X  One enantiomer is 
pharmacologi-
cally active and 
the other has 
side effects 

 Dopa: L-dopa is used 
in Parkinson’s 
disease and 
D-dopa has side 
effects like nausea, 
anorexia, 
involuntary 
movements and 
granulocytopenia 

 Hutt and 
Valentová 
 (  2003  )  

 Thalidomide  X  One enantiomer is 
pharmacologi-
cally active and 
the other is 
toxic 

 Thalidomide: 
(R)-thalidomide 
was used for 
insomnia and 
nausea therapy; 
(S)-thalidomide is 
teratogenic 

 Smith  (  2009  )  

 Picenadol  X  One enantiomer is 
pharmacologi-
cally active and 
the other is 
antagonist 

 Picenadol: (+)-picen-
adol is an opioid 
agonist and 
(-)-picenadol is a 
weak agonist/
antagonist 

 Franz et al. 
 (  1990  )  

  This table resumes the benefi ts and disadvantages depending on the pharmacological or side 
effect  

Table 1.1 (continued)
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commercialized as racemates in most countries. Ibuprofen (Fig.  1.7 ) is a common 
example of a NSAIDs used for pain, infl ammation, fever and arthritis, which is 
normally sold as racemate although  S -(+)-ibuprofen is practically the responsible 
for the pharmacologic action. Moreover this drug, as other profens, suffers unidirec-
tional conversion to the pharmacologic active  S -(+)-enantiomer  in vivo  which dif-
fi cult to obtain the enantiopure ( S )-ibuprofen with a good percentage of conversion 
justifying the use of racemates. The disadvantage of the racemic ibuprofen is that 
( S )-ibuprofen has less gastric side effects than the racemic mixture; is more hydro-
soluble leading to a more rapid action; the chiral inversion can originate interindi-
vidual variability in analgesia; and the accumulation of the intermediate 
( R )-ibuprofen-CoA in the chiral inversion, which can react with triglycerides lead-
ing to the accumulation at fatty tissue in the organism (Lima  1997 ; Tucker  2000 ; 
Bonabello et al.  2003 ; Carvalho et al.  2006 ; Chávez-Flores and Salvador  2009  ) .   

 Another therapeutic option is the use of chiral drugs with an enantiomeric ratio 
different from 1 to improve the benefi ts of each enantiomer, when applicable. 
Enantiomeric Fraction (EF) is the proportion of the concentration of one enantiomer 

   Table 1.2    Examples of new enantiopure pharmaceuticals, which racemates were not withdrawn 
from the market   

 Racemate  Therapeutic class  Enantiopure pharmaceutical  Trade name 

 Citalopram  Antidepressant  (S)-citalopram (escitalopram)  Lexapro, Cipralex 
 Ibuprofen  Anti infl ammatory  (S)-ibuprofen (dexibuprofen)  Seractil 
 Ketoprofen  Anti infl ammatory  (S)-ketoprofen (dexketoprofen)  Sympal, Ketesse 
 Bupivacaine  Anaesthetic  (S)-bupivacaine (levobupivacaine)  Chirocaine 
 Cetirizine  Antihistaminic  (R)-cetirizine (levocetirizine)  Xyzal 
 Omeprazole  Proton pump inhibitor  (S)-omeprazole (esomeprazole)  Nexium 
 Ofl oxacin  Antimicrobial  (S)-ofl oxacin (levofl oxacin)  Levaquin,Tavanic 
 Salbutamol   b 2-adrenergic receptor 

agonist 
 (S)-salbutamol (levalbuterol)  Xopenex 

a b

O

OH

R
O

OH

S

  Fig. 1.6    Structure of ( R )-naproxen ( a ) and ( S )–naproxen ( b )       

a bO
O

OH
R

O
O

OH
S

  Fig. 1.7    Structure of ( R )-ibuprofen ( a ) and ( S )–ibuprofen ( b )       
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to the total concentration, expressing the relative concentration of an enantiomer’s 
compound. Racemate exhibits an EF of 0.5 while an enantiomerically pure com-
pound has a value of 0 or 1. Thus, a mixture of two enantiomers in a proportion 
different to 1:1 has an EF between 0 and 1 and different to 0.5. As an example, the 
advantage of the administration of a mixture of  S 0.75: R 0.25 bupivacaíne rather than 
the racemate was reported, with the same anaesthetic properties and with less toxic-
ity (Gonçalves et al.  2003  ) . 

 In this review we will focus on three pharmaceutical classes: Beta-blockers, 
Antidepressants and Non Steroid Anti-Infl ammatory Drugs (NSAIDs), due to their 
persistence in the environment and respective ecological effects (Ternes  1998 ; 
Trenholm et al.  2006 ; Vanderford and Snyder  2006 ; Pérez and Barceló  2008 ; 
Fernández et al.  2010 ; Santos et al.  2010  ) .  

    1.3   Analytical Methods for Quantifi cation/Identifi cation 
of Chiral Pharmaceuticals in the Environment 

    1.3.1   Chromatography 

 The basis of analytical methods for analyses of chiral compounds is the formation 
of diastereoisomers between the enantiomers and other optical pure compound 
which provides different retention times, leading to the separation of the enantiomers. 
The diastereoisomers, which are non-mirror image compounds, can be separated by 
chromatography due to their different physical and chemical properties (Carvalho 
et al.  2006  ) . In chromatography methods, indirect and direct experimental approaches 
can be used (Bojarski  2002 ; Hühnerfuss and Shah  2009  ) . 

    1.3.1.1   Indirect Methods 

 Indirect methods require the derivatization of the racemic mixture with an optical 
pure reagent, leading to the formation of diastereoisomers. Since diastereoisomers 
have different physical and chemical properties, they can be resolved by an achiral 
stationary phase. After the separation in an achiral column, enantiomers can be 
recovered by inversing the derivatization reaction. This approach is possible if the 
racemate has at least one suitable functional group to allow the reaction. As advan-
tages, indirect methods can be performed in conventional chromatographic columns 
as RP-C 

18
 , it is possible to introduce chromophores or fl uorophores and also it is 

easy to predict the elution order. However, the complex and time-consuming deriva-
tization step with different reaction rates for each enantiomer, the poor availability 
of optical pure chiral reagents, the possibility of racemization and the diffi culty to 
apply to environmental samples turns this method weak for environmental analysis 
(Bojarski  2002 ; Carvalho et al.  2006 ; Hühnerfuss and Shah  2009  ) .  
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    1.3.1.2   Direct Methods 

 Direct methods use a chiral selector as an additive in the mobile phase (Chiral 
Mobile Phase Additive) or on the stationary phase (Chiral Stationary Phase or CSP). 
In both cases, the chiral selector has more affi nity with one of the enantiomers. 
Chiral Mobile Phase Additive is a more complex and expensive method because it 
requires higher amounts of chiral selector to prepare the mobile phase, which is not 
recovered and thus it is wasted in a large scale. This kind of direct method can also 
interfere with the detection mode (Lämmerhofer  2010  ) . 

 Chiral Stationary Phase (CSP) consists in a chiral selector adsorbed or covalently 
bonded to a solid support, which forms transitory diastereoisomeric complexes with 
the two enantiomers with different stability (Francotte  2001  ; Lämmerhofer 2010) . The 
more stable complex will elute with larger retention time. There are many different 
type of commercial chiral columns: Pirkle type or donor-acceptor CSP, crown ethers 
CSP, ligand-exchange CSP, polysaccharide derivatives CSP, cyclodextrin CSP, protein 
CSP, macrocyclic glycopeptides antibiotics CSP and others such as CSPs based on 
synthetic polymers (Pirkle and Pochapsky  1989 ; Haginaka  2008 ; Lämmerhofer  2010  ) . 
They are performed in open or tubular columns, open tubular capillaries and thin layer 
plates (Wistuba and Schurig  2000 ; Wistuba  2010  ) . The major advantage of this method 
is the ability of the analyte to remain unmodifi ed. Despite the numerous of commer-
cial CSP, an universal column is not available, thus making the trial versus error a 
challenge. The choice of the CSP is based on the experience and on the available lit-
erature, being often empirical by trial and error evaluation. However some authors 
start this with polysaccharides or macrocyclic antibiotics because of their broad appli-
cation and the possibility to operate in normal, reverse or polar organic mode (Perrin 
et al.  2002a,   b ; Andersson et al.  2003 ; Cass et al.  2003a ; Sousa et al.  2004 ; Ates et al. 
 2008 ; Pirzada et al.  2010  ) . Thus, the method developing time is reduced and the prob-
ability of success is enhanced. The more usual separation mode is normal-phase, how-
ever this tendency is turning to reversed-phase and polar organic mode, being all 
applicable to the most used polysaccharides or macrocyclic antibiotics CSPs (Cass 
and Batigalhia  2003 ; Cass et al.  2003b ; Montanari et al.  2006  ) . 

 Andersson et al.  (  2003  )  performed a screening of polysaccharides or macrocyclic 
antibiotics CSPs to compounds used in pharmaceutical industry. They reported that 
when using polysaccharides CSPs in normal-phase, the alcohol used as modifi er 
affects selectivity, elution order and retention time. The additives used for separation 
of basic compounds in normal-phase mode must be basic to reduce tailing, whereas 
for separation of acidic compounds the additive must be acid to reduce the excessive 
retention of these compounds. Neutral compounds are unaffected by these additives 
so they can be processed with any of them. Thus, besides the type of column and the 
alcohol chosen, the additive used is of great importance for the success of the reso-
lution of enantiomers. Concerning to polar organic mode, better resolution is 
achieved with neutral and weak acidic and basic compounds. Using macrocyclic 
antibiotics CSPs, the number of compounds enantioresolved is lower than using 
polysaccharides CSPs, although they complement the enantioselectivity and can 
resolve important classes of pharmaceutical compounds like  b -blockers, broncho-
dilators and some local anaesthetics (Andersson et al.  2003  ) . 
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 Molecularly Imprinted Polymers are a synthetic alternative in which the target 
compound is used in the polymerization process as a template, to produce a specifi c 
receptor to one enantiomer which is known to be more retained. The removal of the 
template by a solvent or a chemical reaction provides a complementary site in the 
receptor to the target molecule, providing a Molecularly Imprinted Polymer which 
can be used as CSP avoiding the choice based on the trial and error method. 
Commonly these Molecularly Imprinted Polymers are incorporated in conventional 
HPLC columns. These materials are easy to obtain, highly selective and stable, 
and the elution order is predictable. The template is the more retained enantiomer 
being the last to eluate. The drawback of Molecularly Imprinted Polymers is the 
peak tailing produced due to the heterogeneous binding site. Molecularly Imprinted 
Polymers can be coupled to HPLC, Capillary Electro-Chromatography, Thin Layer 
Chromatography and Analytical Sensors (Wistuba and Schurig  2000 ; Sancho and 
Minguillón  2009  ) .   

    1.3.2   Gas Chromatography (GC) 

 Gas Chromatography (GC) can be performed in the indirect and direct mode, having 
the advantages of high effi ciency, sensitivity, speed of separation, and ability to 
separate analytes from impurities. The indirect mode requires the derivatization of 
the chiral compound with an optical pure reagent, resulting in diastereoisomers that 
are then separated on an achiral stationary phase. The direct mode is performed with 
a CSP. GC has the great advantage of not needing optimization of mobile phase 
concerning solvents, pH, modifi ers and gradients (Eljarrat et al.  2008  ) . However, 
there are only a few chiral columns that can be used in GC, which limits the applica-
tion of this technique. The most used columns are cyclodextrin-based and have 
demonstrated a great applicability in organochlorine pesticides (Wong and Garrison 
 2000 ; Eljarrat et al.  2008  ) . Another useful CSP are based on metal complexes such 
as metal- b -diketonate polymers (Rykowska and Wasiak  2009  ) . One disadvantage of 
GC is the need of derivatization, in some cases, to increase the volatility, to prevent 
the peak tailing and thus to improve detection limits by the peak shaping (Zhang 
et al.  2009  ) . The high temperature used in GC is a drawback when the analytes are 
not volatile and when the chiral compound can suffer racemization or decomposi-
tion (Schurig  2001 ; Jiang and Schurig  2008  ) . Thus GC has several limitations to 
environmental analyses of chiral pharmaceuticals (Huggett et al.  2003 ; Lamas et al. 
 2004 ; Jones et al.  2007  ) .  

    1.3.3   High Performance Liquid Chromatography (HPLC)-Liquid 
Chromatography/Mass Spectrometry (LC/MS) 

 High Performance Liquid Chromatography (HPLC) has become a technique of 
routine analysis in replacement of GC because of the numerous combinations of the 
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available columns with the potential mobile phases, and the detection methods that 
can be coupled, such as Mass Spectrometry (MS) or optical detectors when the 
analytes are UV transparent (Aboul-Enein and Ali  2004 ; Görög  2007  ) . The high 
variety of chiral commercial columns, like Pirkle, crown ethers, ligand exchangers, 
cyclodextrins, polysaccharides, proteins, macrocyclic glycopeptides antibiotics, 
and others, usually design for HPLC analysis and the different elution mode makes 
this technique a powerful tool for chiral analysis (Perrin et al.  2002a,   b ; Andersson 
et al.  2003 ; Zhang et al.  2010  ) . HPLC with different type of detection has been used 
for the determination of the EF of many chiral pharmaceuticals in a variety of 
matrix, including environmental samples (Francotte  2009 ; Kasprzyk-Hordern et al. 
 2010  ) . Few examples are shown in Table  1.3 .  

 Liquid Chromatography/Mass Spectrometry (LC/MS) and LC–tandem MS (LC/
MS/MS) have played a crucial role in environmental analysis (Niessen  2003 ; Kot-
Wasik et al.  2007 ; Pérez and Barceló  2008  )  mainly due to their versatility, sensitivity 
and selectivity (González et al.  2007  ) . Recent trends in environmental Mass 
Spectrometry methods have been emerging with special focus on hybrid mass spec-
trometers such as Quadrupole-Time Of Flight (Qq-TOF) (Farré et al.  2008  )  and 
Quadrupole-Linear Ion Trap (Qq-LIT) (Díaz-Cruz et al.  2008  ) . However, Triple 
Quadrupole (QqQ) mass analysers are the most used analytical technology in the 
environmental analyses (Gros et al.  2006  ) . Few publications have also employed Ion 
Trap (IT) mass spectrometers for environmental determinations (Feitosa-Felizzola 
et al.  2007 ; Madureira et al.  2009 ; Barreiro et al.  2010  ) . Despite the largely applica-
tion to environmental analyses the ion suppression of the interest compounds peaks 
with the components of the matrix may consist in a limitation of the method. So, the 
MS/MS detectors are a powerful tool that must be used in environmental analysis 
because of their high selectivity (Pérez and Barceló  2008 ; Madureira et al.  2009  ) . 

 EF is an important tool in biodegradation, toxicological studies and wastewater 
monitoring (Fono and Sedlak  2005 ; Hashim et al.  2010  ) . It was demonstrated that 
the determination of EF can be affected by the peak integration method (Asher et al. 
 2009  ) . They found that the Deconvolution Method, a method which considers two 
independent Gaussian-based mathematic functions, is more accurate especially 
when peaks overlap (poor resolution or asymmetry). Instead, the commonly used 
method, called Valley Drop Method (VDM), showed signifi cant bias in EF determi-
nation. Thus, for environmental analysis the peak integration method must be evalu-
ated and Deconvolution Method is preferred when poor resolution or tailing 
occurs. 

    1.3.3.1   Capillary Electro-Chromatography (CEC) 

 Capillary Electro-Chromatography (CEC) is a hybrid separation technique of 
HPLC and Capillary Electrophoresis (CE) since it is based on the partition of 
solutes between two phases (HPLC) and on the different mobility of the same 
solutes towards an electric fi eld (CE) and has the advantages of both CE and 
HPLC. Likewise HPLC it can be applied also to neutral compounds and has high 
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selectivity because of the wide range of mobile and stationary phases available. 
As CE it has high peak effi ciency without the necessity for pump systems to pro-
vide high pression (Sancho and Minguillón  2009  ) . So, it makes this an easy tech-
nique with a short time of analyses and a low consumption of sample and 
electrolyte, providing a high potential in the pharmaceutical, biomedical and envi-
ronmental analysis (Li et al.  2010  ) . Enantiomers can be separated within a wall 
coated open tubular capillary, being the chiral selectors bound to the capillary 
wall. In the case of packed capillaries, they are obtained by packing chiral selec-
tors in a gel. Otherwise, packed capillaries can be obtained by polymerization in 
situ providing monolithic phases that can be classifi ed in two major categories, 
the silica-based and the organic-polimer-based (polyacrylate, polyacrylamide or 
polystyrene) (Scriba  2003 ; Gübitz and Schmid  2004  ) . Alternatively, the chiral 
selectors are directly added into the separation electrolyte. The chiral selectors 
used in Capillary Electrophoresis include crown ethers, cyclodextrins, polysac-
charides, proteins, and macrocyclic glycopeptides antibiotics, the same selectors 
used in HPLC as reviewed by Scriba (2003).  

    1.3.3.2   Other Techniques 

 There are other chromatographic related techniques that are used in a less extent. 
 Micellar Electrokinetic Capillary Chromatography (MEKC) is a technique which 

consists in the addition of a surfactant molecule (above its critical micellar concen-
tration) in Capillary Electrophoresis, leading to the formation of a micellar pseudo-
stationary phase in the solution. Thus, the chromatographic principle is present. The 
surfactant forms micelle occurring partition mechanisms between the micellar 
pseudo-stationary phase and the mobile phase. Enantioresolution can be achieved 
using chiral surfactants or using chiral agents that are added to an achiral micellar 
buffer, such as combination of micelles and cyclodextrins or modifi ed cyclodex-
trins. To improve the enantioresolution it can be also combined chiral surfactant and 
cyclodextrins. A recent approach is the use of polymeric surfactants, a group of 
high-molecular-mass molecules. Despite the advantages of the so called molecular 
micelles, such as lower concentrations that can be used, more stability and rigidity, 
the latter allows slower mass transfer of the analytes between the pseudo-stationary 
phase and the mobile phase, leading to a lower resolution compared to the conven-
tional micelles (Ha et al. 2006). 

 Super Critical Fluid Chromatography (SFC) is a hybrid technique of GC and LC 
and combines the better characteristics of each. Because of the equal density, dis-
solving capacity, the intermediate viscosity and diffusion coeffi cient of its mobile 
phase, it has the advantages of providing higher fl ow rates and faster separation than 
LC and a lower dispersion. The mobile phase is compared with those used in GC 
and HPLC due to the ability to carry compounds and to dissolve them, respectively. 
Open tubular columns can be used with Flame Ionisation Detection (FIA), Electron 
Capture, nitrogen phosphorus, and sulphur chemiluminescence. Otherwise packed 
columns are usually coupled to an UV detector (Taylor  2009  ) . This technique is an 
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alternative to HPLC when the enantioresolution is partial by normal phase or is not 
achieved by reverse phase, providing the lower consumption of solvents and the use 
of non-toxic and non-explosive solvents. However, there are some limitations like 
high cost of the equipment, complexity of the hardware and the weak experience in 
this technique (Maftouh et al.  2005  ) . 

 Thin Layer Chromatography (TLC) is preferentially used in indirect mode but it 
is limited because of its low resolution and weak power to detect low concentrations 
like those found in the environment. TLC can be used as complementary to HPLC 
since it is less expensive and allows the optimization of the separation parameters in 
an inferior time and with less costs (Bhushan and Martens  1997  ) , so the application 
on environmental analysis is very limited.   

    1.3.4   Electrochemical Sensors and Biosensors 

 Electrochemical Sensors and Biosensors provide an enantioselective analysis using 
an electrochemical cell coupled to a chiral receptor (Potentiometric Enantioselective 
Membrane Electrodes, PEME), an enzyme (Chiral Amperometric Biosensors) or an 
antibody (Enantioselective Immunosensors), in which the sample fl ows without 
separation steps. The principle of PEME is based on the thermodynamics of the 
reaction between each enantiomer and the chiral selector, with different stability in 
the complexes formed with each enantiomer, leading to different reaction energies 
(Izake  2007  ) . These techniques have advantages like direct determination in the 
matrix, high precision, fastness and the possibility of on-line detection with Flow 
Injection Analysis and Sequential Injection Analysis systems (Izake  2007  ) . It was 
developed a method for detection of ( S )- and ( R )-captopril using two amperometric 
biosensors based on L- and D-amino acid oxidase with an on-line SIA system 
(Stefan et al.  2000a  ) . The same researchers developed a PEME based on maltodex-
trin for the assay of  (S) -captopril and an amperometric biosensor for the assay of 
( R )-captopril with an on-line SIA system (Stefan et al.  2000b  ) . Both of them provide 
more than 30 assays per hour.   

    1.4   Biotic and Abiotic Degradation and Removal Processes 
of Chiral Pharmaceuticals in the Environment 

 Removal of pharmaceuticals in surface waters can be due to photo-transformation, 
biodegradation, hydrolysis and partition to sediment (Liu et al.  2009  ) . Pharmaceu-
ticals are generally highly polar compounds since they are produced in a way which 
promotes their transport and excretion in the organism. Thus, their removal in 
Waste Water Treatment Plants (WWTP) is mostly restricted to biodegradation and 
to abiotic processes as oxidation and sorption. Air-stripping and photo-transfor-
mation are also abiotic processes but normally are insignifi cant in the removal 
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of pharmaceuticals in WWTP. Sipma et al.  (  2010  )  reviewed the comparison of 
Conventional Activated Sludge systems and Membrane Bioreactors, where the 
removal effi ciencies of many pharmaceuticals were higher in Membrane 
Bioreactors. These compounds include racemates of chiral pharmaceuticals like 
 b -blockers (atenolol, metoprolol, propranolol), antidepressants (fl uoxetine, parox-
etine) and NSAIDs (ibuprofen, indomethacin, ketoprofen, mefenamic acid, 
naproxen, propyphenazone). 

 Air-stripping can be potentiated using Membrane Bioreactors in the case of 
some pharmaceuticals with high Henry air/water coeffi cient (Sipma et al.  2010  ) . 
However, regarding photo-degradation it can occur at a higher extent in WWTP 
than in Membrane Bioreactors since photo-transformation requires the exposi-
tion of the wastewater to sunlight which occurs in a moderate way at the super-
fi cial layer of wastewater and in the secondary clarifi ers; conversely the 
Membrane Bioreactors do not have a second clarifi er and have a high biomass 
concentration which diffi cult the sunlight penetration. Concerning sorption, 
pharmaceuticals normally have low sorption constants due to their high polarity 
leading to a slight contribution to the global removal in WWTP, justifying their 
low effi ciency during the primary treatment. In the case of the few pharmaceu-
ticals with a higher sorption constant, Membrane Bioreactors may remove them 
more effi ciently due to the absence of suspended solids in the fi nal effl uent 
(Sipma et al.  2010  ) . So, oxidation and biodegradation are the treatments with 
more promising results. However, oxidation has some disadvantages like  process 
costs and may lead to the production of metabolites more resistant to biodegra-
dation (Sipma et al.  2010  ) . 

    1.4.1   Biodegradation of Non Steroid Anti-infl ammatory Drugs 
(NSAIDs), Beta-blockers and Antidepressants 
as Individual Enantiomers 

 There are many studies on microbial degradation of chiral pharmaceuticals in the envi-
ronment as racemates (Trautwein et al.  2008 ; Benotti and Brownawell  2009 ; Calisto 
and Esteves  2009 ; Mascolo et al.  2010 ; Santos et al.  2010  ) , however biodegradation 
studies of individual enantiomers are scarcer (Table  1.4 ) (Buser et al.  1999 ; Fono and 
Sedlak  2005 ; Fono et al.  2006 ; Matamoros et al.  2009 ; Winkler et al.  2001  ) .  

 The distribution of worldwide approved drugs indicates that the use of single 
enantiomers has increased during the 1990s reaching about 60% in the 2001, 
exceeding the achirals. The racemic drugs represented the minority category and 
many of the top-selling drugs, are marketed as single enantiomers (Caner et al. 
 2004  ) . According to a recent survey, the distribution of the 15 Food and Drug 
Administration approved drugs in the period of January–August 2003 was 64% of 
single enantiomers, 14% racemates and 22% achirals (Fig.  1.8 ) (Caner et al.  2004  ) . 
Taking this into account both the biodegradation studies and the method quantifi ca-
tion are crucial to be done for single enantiomers.  
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 Propranolol, a  b -blocker used for treatment of cardiovascular diseases, with 
annual sales of the brand Inderal® of about $30 billion (Intercontinental 
Marketing Services-Health report  2006 ; Bartholow  2010 ), is normally detected 
in surface waters and in WWTP effl uents (Ternes  1998 ; Huggett et al.  2003 ; 
Fono and Sedlak  2005  ) . Propranolol is an important tool to distinguish the raw 
and treated sewage since propranolol has an EF of 0.5 (racemic) in WWTP infl u-
ent and signifi cantly below 0.5 in WWTP effl uent, suggesting that this pharma-
ceutical is enantiomerically selective degraded through the biological treatment 
(Fono and Sedlak  2005  ) . In the same study, EF decreased in microcosms inocu-
lated with activated sludge but remain constant in not inoculated or sterilized 
treatments. The same researchers found in microcosms experiments that the EF 
of metoprolol, an analogous  b -blocker, decreased from the effl uent to down-
stream, suggesting selective biological mediated degradation of enantiomers 
(Fono et al.  2006  ) . 

 Atenolol is a  b -blocker also used for treatment of cardiovascular diseases with 
annual sales of the brand Tenormin® of approximately $102 million (Intercontinental 
Marketing Services-Health report 2006) included in the Top 200 Prescription Drugs 
of 2009 of United States (Bartholow  2010  )  and was one of the 11 most frequently 
detected compounds in United States in drinking water, being classifi ed as an indi-
cator of Endocrine Disrupting Compounds and other organic pollutants contamina-
tion and an indicator of the treatment success of a WWTP (Benotti et al.  2009  ) . In 
the same study, atenolol demonstrated to be persistent and poorly removed by 
WWTP when traditional chlorine disinfection was applied, however it was easy 
removed when the treatment occurred with ozone. Vanderford and Snyder  (  2006  )  
reported the presence of atenolol in the fi nal effl uent of WWTP at concentrations 
above 800 ngL −1 . The detection of atenolol in fi nished drinking water has also been 

  Fig. 1.8    Distribution of the 15 Food and Drug Administration-approved drugs in the period of 
January–August 2003. Note that the majority of the chiral drugs approved are single enantiomers 
(64%)       
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reported (Trenholm et al.  2006  ) . In a enantioselective evaluation of effl uents of three 
different WWTP in Canada, the EF of atenolol was different for the different effl u-
ents, indicating that the different microbial communities can affect the enantioselec-
tivity of the biodegradation (MacLeod and Wong  2010  ) . 

 Despite the evidences of phototransformation of propranolol and atenolol and of 
biodegradation of atenolol in river water samples (Liu et al.  2009  ) , they were found 
in more than 80% of sampling sites in a Spanish river along the four seasons of the 
year, remarking their persistence and their chronic use (Fernández et al.  2010  ) . Due 
to the differences in the sorption coeffi cient of propranolol and atenolol, atenolol is 
likely to adsorb to sludge while propranolol does not show signifi cant adsorption 
(Maurer et al.  2007  ) . Reungoat et al.  (  2010  )  showed the improvement of the phar-
maceuticals removal such as atenolol in WWTP with further treatments such as 
coagulation, fl occulation, fl otation and fi ltration, ozonation, activated carbon fi ltra-
tion and ozonation for disinfection. 

 Fluoxetine, an antidepressant of the group of Selective Serotonin Reuptake 
Inhibitors, is one of the most dispensed drugs in the world (Stanley et al.  2007  ) . 
It was one of the most prescribed drugs included in the Top 200 of the United 
States (Bartholow  2010  ) . Fluoxetine was found in surface waters, treated waste-
water, raw infl uent and even in fi nished drinking water in United States and South 
Korea at ngL −1  levels (Trenholm et al.  2006 ; Vanderford and Snyder  2006  ) . 
Fluoxetine and also its active metabolite norfl uoxetine have been detected in 
WWTP effl uents and in surface waters (MacLeod et al.  2007  ) . Fluoxetine was 
reported as a persistent pharmaceutical after chlorine treatment rather than ozone 
because of the more potent oxidant effect attributed to ozone (Westerhoff et al. 
 2005  ) . In a dissipation study of fi ve Selective Serotonin Reuptake Inhibitors in 
aquatic microcosms, fl uoxetine was the most persistent (Johnson et al.  2005  ) . In 
a study using batch incubation of seawater samples, Benotti and Brownawell 
 (  2009  )  included fl uoxetine in the more labile group and considered that adsorp-
tion to suspended sediment was minimal. Paterson and Metcalfe  (  2008  )  studied 
the uptake and depuration of fl uoxetine in freshwater fi sh species, Japanese 
medaka ( Oryzias latipes ), and found a half-life three times higher than in mam-
malian species and a lower ability to biodegrade and eliminate such drug and its 
metabolite norfl uoxetine. So, fl uoxetine can indicate a recalcitrant behaviour in 
biological tissues, suggesting the possible chronic effects (Paterson and Metcalfe 
 2008  ) . 

 Ibuprofen, a NSAID used for pain, fever and rheumatism, is the third most popu-
lar clinically used drug in the world and one of the 200 drugs most prescribed in the 
Unites States in 2009 (Bartholow  2010  ) . Some researchers reviewed the occurrence 
of ibuprofen in numerous sediment and aquatic compartments (Ali et al.  2009b  ) . 
Buser et al.  (  1999  )  detected ibuprofen in river, lakes and infl uents of WWTP, with a 
higher concentration of the pharmacologically active ( S )-enantiomer. In the same 
study, the degradation behaviour was similar during incubation experiments in 
WWTP infl uent incubated with activated sludge and in lake water fortifi ed with 
racemic ibuprofen, with a faster dissipation of the ( S )-enantiomer, mostly biological 
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mediated. Hijosa-Valero et al.  (  2010  )  reported the decrease of EF of ibuprofen, 
which is according to the biological-depending degradation (Hijosa-Valsero et al. 
 2010  ) . Jones et al.  (  2007  )  studied a WWTP located in southern England with 
activated sludge in the secondary biological treatment. Ibuprofen was found in all 
samples with a removal effi ciency of ca 80–90% indicating a biological mediated 
degradation. Matamoros et al.  (  2009  )  found differences in the behaviour of ibupro-
fen EF’s under aerobic and anaerobic conditions. In predominantly aerobic waste-
water treatment systems ibuprofen EF’s decreased, showing that the ( S )-form was 
predominantly degraded, depending on the oxidation status of WWTP. In contrast, 
the anaerobic conditions led to a similar degradation of both enantiomers. In the 
same study, the behaviour of naproxen EF’s showed a similar pattern in degradation 
at both aerobic and anaerobic conditions making it a good indicator for removal 
effi ciency in aerobic or anaerobic wastewater treatment systems (Matamoros et al. 
 2009  ) . Mascolo et al.  (  2010  )  reported biodegradation of racemic-naproxen, with 
degradation rates slower in wastewater samples than in synthetic wastewater, prob-
ably due to the presence of other organic compounds.

Marco-Urrea et al.  (  2010  )  studied the biodegradation of naproxen by the white-
rot fungus  Trametes vesicolor  reporting degradation of 95% from an initial concen-
tration of 55  m gL −1 , a concentration similar to that found in the environment 
(Marco-Urrea et al.  2010  ) .

Musson et al.  (  2010  )  reported chemical degradation as possible mechanism of 
degradation of racemic-ibuprofen. In the same study, racemic-ibuprofen was more 
resistant to biological removal than in other studies probably due to the higher con-
centration tested (Musson et al.  2010  ) . 

 The occurrence and removal of ibuprofen, naproxen, fl uoxetine and its metabo-
lite norfl uoxetine were studied in a tertiary sewage treatment plant in Sweden (Zorita 
et al.  2009  ) , being reported removal rates superior to 90% for these compounds and 
the higher load of ibuprofen (6.9  m gL −1 ) and naproxen (4.9  m gL −1 ) due to the great 
consumption. Fluoxetine and norfl uoxetine were below their detection limits after 
primary treatment, being removed by adsorption to fat and primary sludge. The 
additional chemical treatment step improved the removal of these pharmaceuticals. 
Apart from the common mechanical and biological treatments, the tertiary treatment 
such as ozonation, fl occulation, advanced oxidation, osmosis or ultrafi ltration, is 
unusual in Europe because it is expensive (Zorita et al.  2009  ) . 

 In a WWTP in Spain it was reported removal rates below 20% for propranolol 
and atenolol, 60% for fl uoxetine and naproxen and 95% for ibuprofen (Rosal et al. 
 2010  ) . After ozonation, all of them were below the quantifi cation limits in a few 
minutes of contact with low ozone doses (<50  m M, except for naproxen which was 
<220  m M), providing a superior removal of compounds that are relatively refrac-
tory to biological treatment such as propranolol and atenolol. 

 Thus, there are very few reports concerning enantioselective degradation of 
pharmaceuticals in the environment. It is important to include this issue mostly in 
the biodegradation studies due to the enantioselectivity of the biological processes 
to assess the more recalcitrant enantiomers and to relate with their ecotoxicity.   



30 A.R. Ribeiro et al.

    1.5   Toxicity of Emergent Chiral Pharmaceuticals 
in Aquatic Organisms 

 Although there are few studies about ecological toxicity of isolated enantiomers of 
chiral pharmaceuticals, many studies have been developed reporting the toxicity of 
these pharmaceuticals to aquatic organisms (Khetan and Collins  2007  ) , mostly at 
concentrations higher than those found in the environment (Fent et al.  2006  ) , which 
show the need of research on the effects of each enantiomer separately (Table  1.5 ).  

 Briefl y, ecotoxicity evaluation of propranolol using the marine bacterium  Vibrio 
fi scheri , the water fl ea  Daphnia magna , the green alga  Desmodesmus subspicatus,  
the duck weed  Lemna minor , the freshwater crustacean  Thamnocephalus platyurus  
and a fi sh species  Oryzias latipes  classifi ed it as very toxic (Cleuvers  2005 ; Escher 
et al.  2005 ; Kim et al.  2009  ) . Long-term exposure to  C. dubia  and  H. azteca  showed 
that propranolol affects sex hormone blood plasma concentrations and reduces 
fecundity (Huggett et al.  2002  ) . Christen et al.  (  2010  )  classifi ed propranolol and 
fl uoxetine as compounds with a high potential of environmental risk. 

 Enantiospecifi c toxicity of fl uoxetine to  Daphnia magna  and  Pimephales 
promelas  was demonstrated, being ( S )-fl uoxetine more toxic to  P. promelas  after 
7-day exposure concerning to survival, growth, and reproduction endpoints and also 
to  D. magna  regarding the feeding and growth endpoints (Stanley et al.  2007  ) . 

 Winter et al.  (  2008  )  reported the low chronic toxicity of atenolol to a freshwater 
fi sh, the fathead minnow ( Pimephales promelas ), at the concentrations normally 
found in the environment. They suggested that atenolol is less toxic than propranolol 
in fi sh probably due to the different target receptor since atenolol is a  b 1-selective 
blocker and propranolol is a non-selective  b –blocker, acting in both  b 1 and  b 2 recep-
tors (Owen et al.  2007  ) . It was reported that ( R )-Atenolol is more toxic than the ( S )-
enantiomer, although both of them have low toxicity (De Andrés et al.  2009  ) . 

 Fluoxetine in the environment has antimicrobial properties, mainly against Gram 
positive bacteria. Fluoxetine has a synergic activity with some antibiotics, even 
when there is some resistance, or can increase the activity of them, exerting toxicity 
by inhibiting cellular effl ux pumps (Munoz-Bellido et al.  2000  )  .  The accumulation 
of fl uoxetine in three fi sh species ( Lepomis macrochirus ,  Ictalurus punctatus , and 
 Pomoxis nigromaculatus ) was reported in brain, liver and muscle tissues at ngg −1  
levels, supporting the theorical human exposure to pharmaceuticals in fi sh tissue 
(Brooks et al.  2005  ) . The induction of spawn in zebra mussels ( Dreissena polymorpha ) 
by fl uoxetine at low concentrations as 5  m M or even less was also reported (Fong 
and Molnar  2008  ) . It was demonstrated that, as opposed to chronic effects that can 
affect aquatic organisms, the acute effects of fl uoxetine in three aquatic species were 
achieved with concentrations above the levels found in the environment shielding 
the possible occurrence of these concentrations in municipal effl uents which do not 
have dilution from upstream (Brooks et al.  2003  ) . Low concentrations slowed 
female and male sexual development in  Gambusia affi nis  (Henry and Black  2008  ) , 
and a chronic exposure to  Daphnia  increases fecundity (Flaherty and Dodson  2005  )  
as well as increased production of egg masses accompanied by higher mortality in 
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adults of a mollusc specie ( Physa acuta ) (Sánchez-Argüello et al.  2009  ) . In Japanese 
medaka it led to a developmental abnormality in offspring, increasing female circu-
lating plasma estradiol levels (Foran et al.  2004  ) . In studies involving zebrafi sh and 
sheepshead minnow behavioural changes and disturb of serotonergic pathway that 
may result in implications in ecological responses were also observed (Lister et al. 
 2009 ; Winder et al.  2009  ) . Bioaccumulation in fi sh (Nakamura et al.  2008  )  and 
enantiospecifi c differences in sublethal responses to a model aquatic vertebrates and 
invertebrates were also detected (Stanley et al.  2007  ) . 

 Kim et al.  (  2009  )  reported acute toxic effects of ibuprofen in the freshwater crus-
tacean  Thamnocephalus platyurus , unlike the fi sh species  Oryzias latipes . The dif-
ferent behaviour is related with the more sensitive of  T .  platyurus  to pharmaceuticals 
in the environment. Schnell et al.  (  2008  )  reported ibuprofen as cytotoxic and cyto-
static to rainbow trout  (Oncorhynchus mykiss)  cell lines (liver and hepatocellular 
carcinoma), affecting the viability and proliferation of fi sh cells. Ibuprofen was sug-
gested to affect population growth rate, survival and reproduction in  Daphnia magna  
(Heckmann et al.  2007  )  .  It was reported the effects of ibuprofen on reproduction of 
Japanese medaka ( Oryzias latipes) , which induced the less frequent spawning and 
more eggs production when spawn occurred (Flippin et al.  2007  ) . 

 Isidori et al.  (  2005  )  found the phototransformation of naproxen in four products 
with less polarity, and as such with an EC50 (Effective Concentration that causes 
50% of maximal response) lower than naproxen, making these photoderivates more 
toxic than the parent compound. The same authors reported no mutagenesis and no 
genotoxicity for naproxen and its photoderivates (Isidori et al.  2005  ) . 

 The studies involving the occurrence and removal of pharmaceuticals should 
contemplate bioassays as the reduction of the concentrations does not demonstrate 
the absence of toxicity (Reungoat et al.  2010  ) . Another important feature that is not 
considered in almost studies is the food quality of the organisms used in toxicologi-
cal tests. It was recently demonstrated for  Daphnia magna  that the elemental food 
quality has interactive effects with fl uoxetine which change the survival, growth and 
reproduction of this species. The decrease of ingestion of phosphorous decreased 
the effects caused by fl uoxetine (Hansen et al.  2008  ) .  

    1.6   Conclusions 

 Methods for quantifi cation and biodegradation studies of single enantiomers of 
chiral pharmaceuticals in the environment are scarce. Chiral analytical methods for 
quantifi cation of chiral pharmaceuticals in the environment in an accurate way are 
imperative for a better knowledge of the environmental fate and behaviour of 
individual enantiomers. Studies concerning the degradation performance of racemic 
mixtures and the individual enantiomers of chiral pharmaceuticals in the environ-
ment are clearly needed and require further research. The toxicity of isolated 
enantiomers on non-target organism is also a fi eld to be investigated. This is well 
stated in the recent review which calls for the attention to the registration,  evaluation, 
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authorisation and restriction of chemicals (REACH) and addresses the continued use 
of chemical “substances of very high concern” (Union  2006  ) . Depending on the 
substance in question and its application, producers and importers may be obliged 
to investigate its effects on human health and in the environment. As a consequence, 
detailed insight into the fate, transformation and effects of pharmaceuticals in the 
environment is required.
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   Abstract   There are major concerns on the effect of environmental pollution on 
humankind, other animals, ecosystems, and also on the built environment, where the 
action of pollutants can affect diverse materials, harming historical elements and 
modern constructions. Here we review the effects of pollutants on materials used in 
the built environment, e.g. housing, walls, stones, wood, plastics and coatings. 
Compositional characteristics that make materials susceptible to pollutants are pre-
sented. The role of materials as pollution sources and notions on decay features that 
affect building materials are shown. Then we review the decay effects of gases, par-
ticulate matter and solutions from wet deposition to capillary-rising and including 
circulation waters such as run-off and seawater. The effect of pollutants on materials 
is discussed, as well as the role of water in decay processes and the damage caused 
by neoformation minerals on the surface and pore system of the building materials. 
The main pollutants discussed are CO 

2
 , CH 

4
 , CO, hydrocarbons, SO 

2
 , NO 

x
 , NH 

3
 , 

NO 
2
 , O 

3
 , F 

2
 , HF and atmospheric particles. Afterwards we discuss the use of tracers, 

e.g. elements, ions and isotopes, for the study of pollutants sources and migration 
pathways. Main isotopes include  2 H,  13 C,  15 N,  18 O,  34 S,  3 H,  14 C,  238 U,  232 Th and  40 K. We 
show the possible use of decay features to study main sources of air pollution, e.g. 
transport, industrial, domestic, since building materials can fi x and interact with pol-
lutants. Proposals regarding the use of some stable and radioactive isotopes for the 
study of pollutants that have strong potential but have not been tested yet are also 
presented. At the end of this chapter we discuss the durability assessment of materi-
als, and the use of tracers to assess the origin of damaging compounds.  

  Keywords   Building materials  •  Built environment  •  Atmospheric pollution  •  Decay 
tracers  •  Decay features  •  Pollution sources  •  Pollution pathways  •  Deposition  
•  Capillary-rise pollution  •  Geochemical studies  •  Infi ltrations  •  Air pollutants  
•  Gaseous pollutants  •  Particulate pollutants  •  Soluble salts  •  Tracers  •  Isotopes  

       2.1   Introduction 

 There are major concerns in relation to environmental pollution regarding its effects 
on humankind, other animals, ecosystems and also on the built environment, where 
the action of pollutants can affect diverse materials, harming historical elements and 
modern constructions (Amoroso and Fassina  1983 ; Manning  1988 ; Arnold and 
Zehnder  1991 ; Winkler  1994 ; Goudie and Viles  1997 ; Grossi and Brimblecombe 
 2002 ; Brimblecombe and Grossi  2010  ) . 
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 The main aim of this chapter is to present an overview of the decay effects of 
diverse pollutants on the main materials used in the built environment. Studies on 
the decay of building materials have been abundant in the last 30 years. These stud-
ies have been focused on three questions: (a) decay processes of particular materials 
(fi eld and experimental studies); (b) origin, pathways and mechanisms of agents of 
this decay; (c) procedures for the restoration and conservation of materials and buildings. 
Given the diversity of disciplines that include this type of studies, e.g. environmental 
chemistry, geochemistry, atmospheric sciences, hydrogeology, and architecture, and 
the scope of the book, this chapter has focused on the fi rst and second point that are 
critical for the third one (Amoroso and Fassina  1983 ; Arnold and Zehnder  1991 ; 
Saiz-Jimenez  1993 ; Sabbioni et al.  1998  ) . Atmospheric pollution has deserved most 
of the attention, but pollutants from the ground or resulting from some materials can 
have marked effects on the built environment and will be an important part of this 
chapter. Due to the research interests of the authors, this work is clearly dominated 
by stony materials but some general considerations, with appropriated references, 
are made in relation to other materials. 

 There is a large variety of issues involved on the characterization and assessment 
of materials decay. Also, a multiplicity and wide dispersion of studies addressing 
those issues can be found in the literature. Therefore, it is attempted here to prepare 
a synthesis of the state of the knowledge on this subject focusing on two main aims:

   decay action of diverse pollutants, mainly atmospheric and ground-related, on sev- –
eral building materials considering also the interactions between the pollutants,  
  procedures for the characterization of pollution sources based on the identifi ca- –
tion and quantifi cation of chemical substances, including what has been used and 
proposals to test new tracers that could potentially help to identify decay  processes 
and sources of polluting agents.     

    2.2   Building Materials: Characteristics and Decay Features 

 In this section is made an introduction to the main materials found in the built envi-
ronment highlighting the characteristics that render them susceptible to the effects 
of pollutants. It is also included a brief presentation of the decay features that affect 
the materials as consequence of the action of the pollutants. 

    2.2.1   Building Materials 

 Chemical and physical properties of materials are important as they determine the 
result of the interactions with gases, particles and solutions. Thus, solubility,  corrosion 
resistance, weathering resistance, etc. are chemical properties strongly related to 
density, porosity, hardness, and other physical properties, but also to environmental 
factors. In this section are presented some of the features that render materials 
 susceptible to the action of pollutants, with special focus on the chemical character-
istics, considering diverse types of natural and human-made products. 
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 Stone has been used from the Neolithic to built different types of human-made 
building structures, e.g. housing, tombs. The use of stone materials has been related 
to their local availability but also to their properties. Most of them are polymineral 
rocks, e.g. granite and shale, but there are also rocks that are mostly monomineralogical, 
e.g. gypsum and limestone. The variable chemical and physical properties of igne-
ous, sedimentary and metamorphic rocks are decisive in the decay processes. 

 Igneous rocks are considered less reactive to dissolution than other rocks. 
Sedimentary rocks, i.e. shale, sandstone and limestone are usually considered as 
more susceptible, as they are commonly soluble. Metamorphic rocks, i.e. gneiss, 
slate, schist, marble, quartzite and hornfels, result of the transformation of other 
rock types due to temperature or pressure changes (metamorphism). According to 
the characteristics of the metamorphic process and the mineralogy of the previous 
rock, they can be more or less sensitive to decay. 

 Round and small-size stones used in building structures are united into structural 
elements with the aid of cementing materials such as clay, lime and others. Such 
binders or mortars have been used from early human civilizations (Elert et al.     2002  )  
to fi ll the gaps between stony blocks. Mortars are typically composed of mixture of 
an aggregate (typically sand) and a binder agent. Depending on the mortar type, 
binders can be lime, clay, gypsum, cement or others. 

 Modern processes for the manufacturing of binders usually include burning of 
the raw materials. Burning cause dehydration of minerals forming minerals, 
e.g. gypsum, or dissociation, as occurs in air-hardening lime. In the case of lime 
mortars, crushed limestone is burned in a kiln at 900–1,000°C to form quicklime 
 (calcium oxide). The quicklime is then slaked with water, forming calcium hydrox-
ide, to give lime putty or hydrated lime. Before use, hydrated non-hydraulic lime is 
usually left in the absence of carbon dioxide, usually under water, to mature. Lime 
putty can be matured in air for anything from 24 h to many years (increasing matu-
ration time improves the quality of the putty). Hydraulic lime mortars (have the 
ability to set under water) are produced in a similar manner but the raw limestone 
contains clay and other impurities (as was already noted by Vitruvius, see   http://
penelope.uchicago.edu/Thayer/E/Roman/Texts/Vitruvius/home.html    , consulted in 
August/2010). 

 Ceramic materials are artifi cial burned stony materials at 900–1,000°C to achieve 
strength, manufactured from loams or clays. The ancient methods to produce bricks 
started with the raw clay, preferably in a mix with 25–30% sand to reduce  shrinkage. 
The burning of clay is accompanied by other essential changes in the constituents of 
the raw materials (Shestoperov  1988  ) . Other building materials, such as tiles, are 
also ceramic materials. Before developing such procedure, mudbrick were used in 
ancient times and are still used currently in some parts of the World (being even 
considered presently a kind of greener material). Mudbricks are unfi red bricks made 
of a mixture of clay, mud, sand, and water mixed with a binding material such as 
rice husks or straw. They were let to dry in the sun for about 30 days. 

 Other man-made or natural materials such as glass, metals, paintings, wood 
 bituminous pavements, etc. are common in buildings and can suffer decay due to 
pollutants. The studies on such materials are not very frequent but some data exist 
on the decay features and effects of pollutants.  
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    2.2.2   Weathering and Decay Features of Building Materials 

 The weathering of rocks (Ollier  1979  )  is the breakdown and alteration of such materials 
near the Earth’s surface resulting in products that are more in equilibrium with 
newly imposed physical and chemical conditions. Two main classes of weathering 
are usually considered: physical, that is the breakdown of material by entirely 
mechanical processes, and chemical: breakdown by chemical processes. 

 Weathering is also the effect of atmospheric exposure to man-made structures 
and materials. Buildings made of any stony material (rocks, brick or concrete) are 
susceptible to the same weathering agents that any exposed rock surface. Limestone 
and soluble rocks are considered as very susceptible to air pollution damages due to 
the reactive effect of gaseous, liquid and solid pollutants. Silicate rich rocks can be 
damaged but they are considered as less reactive (Amoroso and Fassina  1983  ) . 
Simão et al.  (  2006  )  found greater reactivity in syenite and grabro than in granite 
(resulting from the different mineralogical characteristics). Several other intrinsic 
characteristics of stones can have an impact on the effects of pollutants (see Matias 
and Alves  2002 ; Alves  2009  )  namely the characteristics of the pore network and the 
presence of heterogeneities (see illustration in Fig.  2.1 ). The characteristics of the 
built elements (morphology, structure, exposition) and the environment, namely 
atmospheric conditions and pollution, must also be considered.  

 The effects of pollutants on the built environment frequently result in macro-
scopic evidences – sometimes called “pathologies” of materials – that can be 
referred by different designations that are more or less self-explanatory such as 
“fl akes”, “granular disintegration”, “biological colonisation”, etc. An expanded 

  Fig. 2.1    Differential erosion in limestones associated with the presence of heterogeneities       
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scheme of classifi cation of the different weathering features for stony materials, that 
can also be applied to other materials, is found in Fitzner and Heinrichs  (  2002  ) . 
These decay features are not limited to historical (“old”) elements but can also affect 
modern constructions. 

 Decay of building materials could be related to colour and textural changes 
resulting from absorption of or reactions with exogenous matter as well as the depo-
sition of matter. The simple absorption of water can cause drastic and unpleasant 
chromatic changes in some materials such as wood materials: see example in 
Fig.  2.6 ; water can additionally promote other decay processes such as biological 
activity. Colour and textural changes result in coatings that might cover and hide 
extensive areas of the original substrate. These processes can affect porous materi-
als but also materials such as glass (Lefèvre et al.  2005 ; Lombardo et al.  2010  )  and 
paintings (De-Bock et al.  1996 ; Saunders  2000  ) . Studies with glass samples (that 
have a low reactivity) have evidence soiling under polluted atmospheres (Lefèvre 
et al.  2005 ; Lombardo et al.  2010  ) , including airborne particles (diverse types of 
particles) and salt crystals (dominated by sulphates). While being most frequent 
outdoors, coatings can also be observed indoors associated with air pollution 
(De-Bock et al.  1996 ; Saunders  2000  )  or water infi ltration (Alves et al.  2009  ) . 

 One of the most (in)famous types of coatings are so-called black crusts (Fig.  2.2 ) 
made of gypsum aggregates and atmospheric particles, a dark type of coating that 
might affect great extensions of buildings in urban and industrial locals. A  chromatic 
symmetrical type of coating are whitish carbonate coatings (Fig.  2.2 ) that have 
received less attention but that might be an important and in some places the major 
coating type affecting diverse types of modern constructions (Alves  2010  ) .  

 Decay features of materials also include erosive features that result in material 
loss such as detachment of planar fragments (Fig.  2.3 ) or grains (granular disinte-
gration). These erosive processes might imply extensive destruction of the element 
surface and loss of ornamental value (Fig.  2.4 ).   

 Besides the relevance for the evaluation of susceptibility, the characterization of 
materials is also important to understand its possible role as pollution sources 
for the surrounding environment (in relation to cementitious materials see, e.g. 
 van-der-Sloot  (  2000  ) ; regarding metallic materials several examples can be found in 
Townsend  (  2002  ) ). Pollutants present in materials either as pore content or resulting 
from dissolution can migrate causing decay on the same or other materials. The 
presence of important amounts of soluble salts on natural outcrops of rocks has been 
referred (Arnold and Zehnder  1991 ; Heiss et al.  1991 ; Wüst and Schlüchter  2000  ) . 
Another frequent problem is pollutants resulting from chemical reactions with materi-
als and that can affect the same or other materials (in this last case sometimes referred 
as a problem of incompatibility of building materials). In relation to natural stone, this 
type of process is frequently mentioned associated with weathering of calcite (Cooper 
et al.  1991 ; Zannini et al.  1991 ; Weaver  1991 ; Haneef et al.  1992 ; Duffy and O’Brien 
 1996 ; Smith  1999 ; Figueiredo et al.  2007  )  but there also references to reactions with 
dolomite (Rodríguez-Navarro et al.  1997b  ) , silicates (Smith et al.  2002 ; Lopez-Arce 
et al.  2008  ) , iron sulphides (Stocksiefen  1982 ; Benea  1996 ; Robert et al.  1996 ; 
Honeyborne  1998 ; Dreesen et al.  2007  )  or oxides (Bhargav et al.  1999 ; 
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Storemyr  2004 ; Trujillano et al.  1996 ; Alonso et al.  2008  )  as well as organic 
components (Lea  1970 ; see also several references in Hartog and Mckenzie  2004  ) . 
Another classical example is the migration of products of metals corrosion  commonly 
copper or iron that causes stains on other materials (Winkler  1994  ) . 

 Cement-based materials (mortars, concrete) could be an important source of 
 pollutants in the initial stages of setting and after setting. Several studies have been 

  Fig. 2.2    Examples of common coatings on the built environment: ( a ) black crusts; ( b ) white 
crusts. Both on granitic stones       
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  Fig. 2.3    Example of planar detachments in limestones applied in a modern construction near 
the sea       

  Fig. 2.4    Erosion of stone elements with marked depth and disappearance of decorative elements 
in granite       
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done regarding the chemical composition of pore-water in the fi rst stages after mixing 
of water with cement and a summary of the main characteristics (with several refer-
ences) can be found in Odler  (  1998  ) . This author refers the dominance of alkalis 
(sodium and potassium), calcium, sulphate and hydroxide in the fi rst stages after 
mixing. After setting, components of the hydrated cement ionic pollutants could be 
dissolved and released (Lea  1970 ; Dow and Glasser  2003 ; Anstice et al.  2005  ) . 
To the complexity resulting from the initial cement characteristics it is necessary to 
add considerations on the interacting solutions and the fl ow regime. In recent con-
structions, as it has been verifi ed by the present authors, it is common to found 
 carbonate-rich crusts (Alves  2010  )  as well as alkaline carbonates and sulphates 
(Figg et al.  1976 ; Figg et al.  1978 ; Halle et al.  1978  ) , results that seem to be related 
to the  contribution of recent cements. Lea  (  1970  )  related the occurrence of effl ores-
cences to the alkali content on cement (this author also indicated the possible occur-
rence of effl orescences of magnesium sulphate related to cement). Besides the solid 
components, the water used in the preparation of some mixed building materials 
could also be an important source of pollutants that cause decay effects (see  example 
in Netterberg and Bennet  2004  ) . 

 Whatever the source of pollutants, decay features varies according to the  materials 
used in the built environment. Although other mortars decay by the same process, 
the relatively simple composition of lime and gypsum mortars (calcite and sand, or 
gypsum and sand) can be used to assess the damaging progress caused by the air 
pollution load in a given local setting. The decay of ceramic materials is similar to 
the decay of other porous materials. The destructive effect of air pollution on ceramic 
materials has been demonstrated (Cultrone et al.  2000  ) . Decay of ceramic bricks is 
also associated with the appearance of stresses due to the crystallization of various 
salts or the action of water pressure as it freezes partly. 

 Some other materials can be damaged by pollutant compounds. We will present 
here briefl y some of the main features that render those materials susceptible to the 
action of the pollutants. 

 The chemical composition of glasses infl uences the behaviour of these materials 
in relation to pollutants. According to Doremus  (  1994  ) , leaching affects prefer-
entially alkali ions in multicomponent silicate glasses with alkali oxides. This 
author also presents data indicating that glasses with alumina have lower 
 dissolution rates. Lefèvre et al.  (  2005  )  reported that the composition of ancient 
glass (potassium-rich) makes this material less durable than modern glasses 
(sodium-rich) under pollution conditions. However, Leissner  (  2003  )  highlights 
that  medieval glasses can have signifi cative variations in composition as is evi-
denced by very different behaviour showed by glasses placed in the same local. 
 Kunicki-Goldfi nger  (  2008  )  reviews some examples of the effects of the 
 composition of historical glass in its stability. 

 Metallic materials are typically affected by corrosion, since uncombined metals 
have higher free energies than most chemical compounds of metals (Trethewey and 
Chamberlain  1995  ) . The corrosion behaviour of the metals depends on the behav-
iour of the thin metal oxide layer that is formed rapidly when the metal is exposed 
to air (Trethewey and Chamberlain  1995 ; Roberge  2000 ; Tidblad and Kucera  2003  ) . 
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A distinction can be made between the corrosion processes of one metal elements 
and what is designated as dissimilar metal corrosion resulting from the coupling of 
different metals (details can be found in e.g. Trethewey and Chamberlain  1995 ; 
Roberge  2000  ) . Galvanic series based on free corrosion potentials show the  tendency 
to corrosion of the metals as well as the corrosion hazard related to the coupling of 
different metals (corrosion hazard being higher for higher differences of potential). 
Some metals can be used as sacrifi cial materials to protect other metals (Trethewey 
and Chamberlain  1995 ; Roberge  2000  )  such as corrosion of steel to protect copper 
elements. The occurrence of corrosion can be favoured by heterogeneities such as 
grain interfaces, scratches, crevices or inclusions that promote selective attack or 
electrolyte concentration (Trethewey and Chamberlain  1995 ; Roberge  2000  ) . 

 Durability of painting materials can be related to the characteristics of its com-
ponents and to its formulation depending on the pollutants considered (Lea  1970 ; 
Koleske  1995 ; Wypych  1995 ; Weldon  2009  ) . Impermeable paints are especially 
susceptible to detachments (Fig.  2.5 ) due to moisture and salt crystallisation in the 
substrate beneath, processes that promote the disruption and erosion of the paint, 
both in common wall paints and in artistic paintings (several examples could be 
found in Arnold and Zehnder  1991  ) .  

 Susceptibility of polymers (see Delre and Miller  1988 ; Seymour  1988  )  depend 
on aspects such as structures (diffusion and absorption are greater on amorphous 
materials; the presence of branches, pendant groups or cross links decreases the rate 
of diffusion), the susceptibility of specifi c components in the case of copolymers 
and the presence of additives (that might be more susceptible to chemical attack and 

  Fig. 2.5    Detachments of impermeable wall paint related to salt effl orescences       
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promote the permeation of pollutants). The presence of heavy metals and adventitious 
photosensitizers can promote degradation by oxidation processes (Seymour  1988  ) . 
Specifi c characteristics of polymers increase susceptibility to diverse oxygen com-
pounds (Delre and Miller  1988 ; Seymour  1988  ) . 

 Wood materials can be markedly affected by simple water absorption (Fig.  2.6 ). 
Different types of woods show different dimensional changes related to wetting 
(see, e.g., Douglas and Ransom  2007  )  that can cause distortions and cracking. 
Sandberg and Söderström  (  2006  ) , in a study of wood weathering by outdoor exposi-
tion, reported higher total crack length on tangential sections (compared to radial 
sections) but similar colour changes due to weathering on both types of sections. 
Simpson and TenWolde  (  1999  )  presented a division of wood types according to 
average heartwood decay resistance based on service records, laboratory tests and 
general experience. Feist  (  1992  )  referred the presence of a silvery gray layer in 
woods exposed in coastal areas. He observed that, in general, less dense woody 
materials experience faster weathering and erosion. The substances that are  naturally 
present on woods and the products that are used in its treatment can also affect the 
performance of wood materials. According to Feist  (  1992  ) , tannates present in 
woods can react with iron salt solutions producing chromatic alterations. Additives 
such as fi re retardants have been considered potential sources of soluble salts that 
might crystallise on the wood surface (see Östman et al.  2001  ) .  

 Regarding bituminous pavements, different aspects can affect the deleterious 
effects of pollutants such as soluble salts including maximum salt content of the 
materials, terrain characteristics and the procedures for the application of the 
pavement (Obika et al.  1989 ; Netterberg and Bennet  2004  ) .   

  Fig. 2.6    Stains in wood materials due to water absorption       
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    2.3   Decay Effects of Pollutants 

 This section would deal with the sources, pathways and decay mechanisms of the 
main pollutants affecting materials in the built environment. The diverse pollutants 
will be discussed in specifi c sections but here are presented some transversal 
concepts that are relevant for diverse forms of the polluting substances. 

 In the built environment, water (even in its purest form) can be considered a 
 pollutant as it promotes decay reactions on materials such as paints (Koleske  1995 ; 
Wypych  1995  ) , corrosion in metals (Trethewey and Chamberlain  1995 ; Roberge 
 2000 ; Tidblad and Kucera  2003  ) , dissolution, alkali leaching and reaction with 
silicon-oxygen network in glass (Doremus  1994 ; Leissner  2003  )  and hydrolysis of 
polymers (Delre and Miller  1988  ) . Water can produce visual stains in porous mate-
rials (see illustration in Fig.  2.6  above) and volumetric changes that are especially 
signifi cative in the case of wood (Douglas and Ransom  2007  )  but that have been 
referred as causing damage in other materials such as natural stone (see example in 
Rodriguez-Navarro et al.  1997a  ) . There are also references that indicate that rock 
strength is lowered by the presence of water in the rock pores (Winkler  1994 ; Topal 
and Sözmen  2003  ) . 

 Air pollutants induce the weakening of the porous structure and the surface layers 
of stony materials. The susceptibility of natural rocks to decay processes induced by 
air pollution strongly depend on the pollution, climatic factors and the intrinsic 
characteristics of the rock forming minerals. 

 Atmospheric chemical constituents can precipitate by wet occult and dry depo-
sition. In humid climates, where important rainfalls are recorded, wet deposition 
must be considered as an important source of ions and particles. Although no doubt 
exists about acid rain damage on most building materials, rain can also wash away 
accumulated pollutants. Various studies have considered that wet deposition is not 
important compared to dry deposition (Charola and Ware  2002  ) . Only in rural areas 
it has been considered as an important factor in the decay of building materials. This 
asseveration is related to the fact that atmospheric pollution is low in rural areas, 
and also to the conclusion that the pollutants affecting building materials in rural 
areas are related to distant emission sources (Torraca  1988  ) . However, it must be 
 considered that wet deposition by rainfall will affect only the exposed surfaces of 
a  building, while dry and occult deposition can affect all surfaces (Furlan and 
Girardet  1992  ) . 

 Occult deposition or precipitation refers to precipitation of cloud/fog water. It 
can be more damaging when compared to dry and wet deposition, providing mois-
ture to activate the chemical attack of dry deposited gases and particles. Fog water 
has been shown to be an important collector and carrier of pollutants in urban areas 
as it can concentrate chlorides and sulphates originated from local emission sources 
(Fassina and Stevan  1992  ) . At seaside areas, seawater sulphate and salts due to sea 
spray may contribute to the wet and occult deposition on the building materials 
(Chabas and Jeannette  2001  ) . 

 Dry deposition is an important mechanism for removing gaseous and particulate 
pollutants from the atmosphere in the absence of precipitation, above all in arid and 
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semiarid regions (Kumar et al.  2005  ) . It is determined by two factors: the concentration 
of pollutant gases and particles in the atmosphere, and the interaction between the 
atmosphere (and the air pollutants) and the building surface (including building 
features and materials) under dry conditions. 

 Solid surfaces, such as building materials, attract atmospheric gases and particles 
to their surface due to molecular or atomic forces. If the surface is wet, attraction 
and chemical reactivity of the surface is enhanced. Dry deposition is considered the 
most important deposition process in highly polluted areas (Charola and Ware 
 2002  ) . Although some studies have related dry deposition with distant industrial 
gaseous and particulate emissions (Schiavon  1993  ) , others consider that it is related 
to nearby sources (Hicks  1986 ; Sanjurjo   -Sánchez et al.  2011  ) . Understanding the 
air-surface dry exchange process is very important to estimate amounts delivered 
from the air. In fact, the proportion of atmospheric particles and gases in a measured 
sampling point will depend on the emission characteristics, the distance from 
sources and meteorological conditions. 

 Fossil fuel combustion by industrial facilities and vehicular engines is a major 
source of anthropogenic emissions into the atmosphere, and the effect of such pol-
lution is stronger in urban areas. The main studied gaseous pollutants are sulphur, 
nitrogen and carbon compounds and other organic pollutants (Judeikis and Stewart 
 1976 ; Johansson et al.  1988 ; Lipfert  1989 ; Cobourn et al.  1993 ; Saiz-Jimenez  1993 ; 
Ruijgrok et al.  1995  ) . 

 While some authors (Sabbioni  2003  )  defend that atmospheric pollution is gener-
ally the predominant contributor for decay of building stones, important and very 
marked decay features can arise from other processes, namely those related to capil-
lary-rising solutions, processes that can be dominant in certain regions and for cer-
tain application of materials. Soluble salts are among the pollutants with higher 
impact in the built environment affecting diverse materials of historical and modern 
constructions. They can result from dissolution of gases on moisture fi lms of the 
surfaces, dry and wet deposition and the contribution of solutions (infi ltration, capil-
lary rising, circulation). Several extended reviews on the decay effects of soluble 
salts on materials of the built environment can be found in Doornkamp and Ibrahim, 
 (  1990  ) , Arnold and Zehnder,  (  1991  ) , Goudie and Viles  (  1997  ) , Rodriguez-Navarro 
and Doehne  (  1999  ) , Alves and Sequeira-Braga  (  2000  ) , Charola  (  2000  ) , Doehne 
 (  2002  ) , and Charola et al.  (  2007  ) . Diverse types of soluble salts can be related to 
simple formation of coatings, physical disintegration due to salt crystallisation or 
hydration and chemical reactions causing visual and erosive deleterious effects 
(unlike what seems to be suggested by Douglas and Ransom  2007 , other soluble salts 
besides magnesium sulphate can cause disintegration of surfaces). Besides the several 
examples on porous stony materials (see previous references), soluble salts could 
affect bituminous binders either by physical disintegration related to salt crystalliza-
tion (Obika et al.  1989 ; French  1997 ; Netterberg and Bennet  2004  )  or by dissolution 
of bituminous binders (French  1997  ) . 

 From the quantitative point of view, damage or dose-response functions based in 
laboratory experiments have been proposed to determine the infl uence of diverse 
factors (namely pollutants load) on the degradation processes of materials (Steiger 
and Dannecker  1994 ; Roberge et al.  2002 ; Sabbioni  2003 ; Tidblad and Kucera  2003 ; 
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Brimblecombe and Grossi  2010 ; Lombardo et al.  2010  ) . However, it must be 
considered that factors such as wind action, relative humidity, etc., are usually kept 
constant in these laboratory simulations. 

 The question of dose-response is also relevant for assessing the possible conse-
quences of reduction of emission of certain pollutants, such as CO 

2
  and specially 

SO 
2
 . The main questions is whether reduction will result in lesser decay rates, spe-

cially since some questions have been raised in relation to answers of systems in 
relation to reduction of pollutants emissions such as those in relation to the neces-
sary level of CO 

2
  reduction (see Lovelock  2008  ) . One must also consider the prob-

lems resulting from what is, for modelling effects, a natural system with diverse 
interdependences. For example, it has been proposed that the reduction of sulphur 
oxide could contribute to global warming and, based on this, the stratospheric injection 
of SO 

2
  has even been considered as a measured against global warming (see 

discussion in Jones et al.  2010  ) . 
 In relation to SO 

2
 , there are models that suggest that decrease of atmospheric 

levels would imply a lesser decay action of this pollutant. Butlin et al.  (  1995  )  pro-
posed a model were the use of dose-response functions would allow elaborating 
maps to assess the impact of SO 

2
  reductions. Grossi et al.  (  2008  )  studied diverse 

models whose results suggested that erosion rates would be kept at lower values or 
decline under low levels of pollution levels. Some results of fi eld studies by Trudgill 
et al.  (  1991  )  registered the existence of sustainable erosion rates after the decrease 
of SO 

2
 , a result that could be attributed to high levels of NO 

x
  or to some sort of 

“memory effect”. Vleugels et al.  (  1993  ) , in an experiment where stone slabs where 
switched between places with different pollution levels, concluded that there was 
no evidence of a memory effect since the decay rates clearly changed according to 
the new environment. Trudgill et al.  2001  found a decrease of erosion rates in hori-
zontal surfaces coinciding with the decrease of SO 

2
  but the same studies found 

higher erosion rates in a vertical surface. These authors also found that erosion 
rates decreased in a period where there was no decrease in SO 

2
  levels. It is clear 

that the matter needs further empirical research in real structures and in more loca-
tions. Questions such as the infl uence of climatic variations on decay processes 
must also be taken in consideration (Trudgill et al.  2001 ; Brimblecombe and Grossi 
 2008 ; Grossi et al.  2008  ) . 

 The climatic factors of the area where the studied buildings are located have an 
important role on the effect of atmospheric pollutants on the building materials. 
Thus, weather conditions and turbulence strongly infl uence the transport and 
 deposition of pollutants on building façades. The urban arrangement plays a deci-
sive role on the distribution of pollutants depending on the geometry of the street 
of square where a studied building is located. In canyon streets higher concentra-
tions of pollutants from traffi c are usually found closer to the ground but pollution 
particles from distant sources (e.g. industrial sources in the outskirts of large cities) 
are more concentrated at the upper level (Gilbert et al.  2003 ; Janhäll et al.  2009 ; 
Taseiko et al.  2009  ) . In addition, when the wind direction is perpendicular to the 
street direction a vortex is generated in a street canyon (Berkowicz et al.  1996 ; 
Taseiko et al.  2009  ) . 
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 Climatic conditions will also infl uence the action of soluble salts, affecting the 
crystallisation position and the existence of cycles of crystallisation-precipitation. 
Drier conditions will promote the crystallisation inside the porous media (Lewin 
 1982 ; Hammecker  1995  )  and the erosion of the materials. Variations in temperature 
and relative humidity conditions affect processes that enhanced the decay action of 
soluble salts such as dissolution-crystallisation (depending on deliquescence point) 
and hydration (Arnold and Zehnder  1991  ) . Episodes of wet deposition have been 
associated with new occurrences of salt crystallisation spots and the spreading of 
decay (Alves and Sequeira Braga  1994  ) . 

 Some publications had considered the possible effects of climate change on 
materials decay. Such a discussion will need to address the future characteristics of 
the climate in a scale relevant for the built surfaces and the interdependences 
between the pollutants and climatic conditions. Inkpen  (  2003  )  refers the diffi culty 
of predicting the impact of climate on a specifi c built element and that the response 
of the built materials might not have a very marked expression nor be immediate. 
Some general trends have been considered. Viles  (  2002  ) , admitting projections of 
an increasing NW-SE climatic gradient for the United Kingdom, predicts increasing 
salt weathering in the SE. Smith et al.  (  2004  )  considered increasing “time-of-wetness” 
for North Ireland that according to these authors would promote, among other 
changes, deeper penetration of soluble salts (promoting erosion) and facilitation of 
dust deposition. Grossi et al.  (  2008  )  discussing projections of different models 
indicate a possible increase in deposition of pollutants resulting from higher damp 
in winter. The models analysed by Brimblecombe and Grossi  (  2008  )  for London 
indicate a decrease in frost weathering and an increase in salt weathering. 

    2.3.1   Gaseous Pollutants 

 While not being usually considered among the gaseous pollutants, this section 
would begin with a brief reference to water vapour. Depending on relative humidity 
and temperature, water vapour can cause the formation of moisture fi lms by conden-
sation, propitiating the action of other pollutants (dissolution of gases and the fi xa-
tion of particulate matter) and biological decay. For example, the oxidation of SO 

2
  

in moisture fi lms on iron with formation of sulphates leads to autocatalytic reactions 
of corrosion (Roberge  2000  ) . The action of water vapour can be especially relevant 
in sheltered areas that are not affected also by rising or infi ltration solutions. 

 The main gaseous pollutants resulting from anthropogenic sources are presented 
in Table  2.1 . Among gaseous pollutants, nitrogen and sulphur oxides, carbon oxides 
and ozone are those of main concern.  

 The sources and properties of different gaseous pollutants in the atmosphere will 
be considered in the following sections. They will be mostly considered to assess 
their effects on stony materials. However, gaseous pollutants also affect other 
materials such as polymers (Delre and Miller  1988 ; Seymour  1988 ; Wypych  1995  ) , 
metals (Trethewey and Chamberlain  1995 ; Oesch and Faller  1997 ; Roberge  2000 ; 
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Tidblad and Kucera  2003  ) , glasses (Doremus  1994 ; Leissner  2003  ) , paints (Haynie 
and Spence  1984 ; Koleske  1995  )  and wood materials (Hon and Feist  1993  ) , but less 
effort has been made to study their effect on such materials. 

    2.3.1.1   Sulphur Oxides 

 Gaseous sulphur is naturally produced by volcanic activity, sea spray and different 
biogenic processes, mainly in swamps and tidal fl ats. Anthropogenic emissions are 
considered as the most important in urban areas. They come from different combus-
tion processes being both coal combustion in coal-fi red power plants and refi ning 
processes of crude oil the main sources (Gaffney and Marley  2009  ) . Such industrial 
facilities are usually located in the outskirts of urban settings. However, some 
authors consider that sources nearby damaged buildings are the main responsible of 
dry deposition of sulphur oxides on building façades (Torraca  1988  ) . Sulphur gas-
eous compounds are mainly present in the lower troposphere as sulphur dioxide 
(SO 

2
 ), sulphur trioxide (SO 

3
 ) and hydrogen sulphide (H 

2
 S). 

 Hydrogen sulphide is an occasional atmospheric pollutant. It can be harmful for 
marbles and limestones, since it can be transformed into sulphuric acid and react 
with calcium carbonates of the materials to give calcium sulphate. It has been sug-
gested that such attack can be catalysed by a large number of sulphur bacteria 
(mainly of the genus  Thiobacillus ) that oxidize sulphur providing an acid solution 
effective in the attack on stone (Amoroso and Fassina  1983  ) . 

 Sulphur oxides and particularly SO 
2
  are considered as the most important 

gaseous compound for stone decay processes. Gaseous sulphur dioxide is mainly 
adsorbed by calcareous building materials and oxidized on their surface (Lipfert 
 1989  ) . However, a fundamental question is how SO 

2
  interacts with building materials. 

A fi rst unsolved question is whether sulphites are formed and subsequently oxidized 
or whether sulphates are the only reaction products. The oxidation of SO 

2
  can occur 

in the gas phase or in the gas-liquid or gas-solid phase (Amoroso and Fassina  1983 ; 
Fassina  1988 ; Laurenzi-Tabasso and Marabelli  1992  ) . In the gaseous phase, the 
reaction is a homogeneous process of oxidation of SO 

2
  in air that involves photo-

excitation and absorption of solar radiation, and it is strongly infl uenced by low 
concentrations of nitrogen oxides and some hydrocarbons in polluted air and smog 

   Table 2.1    Yearly emissions 
of gaseous compounds (From 
Fellenberg  2000  )    

 Emission 
 Natural 
(million T) 

 Anthropogenic 
(million T) 

 CO 
2
   600,000  22,000 

 CO  3,800  550 
 Hydrocarbons  2,600  90 
 CH 

4
   1,600  110 

 NH 
3
   1,200  7 

 NO 
2
   770  53 

 SO 
2
   20  150 
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(Amoroso and Fassina  1983 ; Johansson et al.  1988 ). On wet surfaces the gas-liquid 
reaction rate depends on the pH of the solution, the presence of salts (as they affect 
the pH), ammonia, calcite particles and heavy metals with catalytic effect (Beilke 
and Gravenhorst  1978 ; Fassina et al.  1979  ) . Such catalytic particles are frequently 
small droplets (<100  m m diameter) that have higher absorption rates than larger 
ones (Charola and Ware  2002  ) . Skoulikidis and Papakonstantinou-Ziotis  (  1981  )  
considered that the sulphation reaction is due to oxidation of the adsorbed SO 

2
  

(catalysed by surface particles) on dry surfaces and subsequent sulphation. However, 
Amoroso and Fassina  (  1983  )  proposed that the adsorption of SO 

2
  is followed of 

neutralization to sulphite and oxidation to sulphate. In fact, the catalytic effect of 
some particles by nucleation has been observed in experimental studies (Cultrone 
et al.  2000 ; Simão et al.  2006  ) . 

 The amount of sulphur deposition measured in urban areas has been found to be 
approximately twice the sulphur deposited in rural areas (Charola and Ware  2002  ) . 
The amount of deposited ‘dry sulphur’ is increased due to particles such as fl y-ash 
and calcium carbonate contained in dry particle aerosols. This is an important 
mechanism on non-calcareous building materials. Particle aerosols can also contain 
calcium sulphate particles (generally 1–2  m m) generated from sulphur deposition on 
calcareous stones or from wind erosion of exposed gypsum beds (Amoroso and 
Fassina  1983  ) . Laboratory studies in simulation chambers confi rmed that the reac-
tivity of stones to SO 

2
  could increase signifi cantly with increased relative humidity 

but weakly with increased temperature (Girardet and Furlan  1996  ) . In the case of 
rock building materials, molasses, limestones, calcareous sandstones and marble 
are considered as the most reactive, while the siliceous sandstones, granite and 
gneiss could be classifi ed as non-reactive (Furlan and Girardet  1992  ) . 

 The decay of Ca-rich stony materials depends on various factors. Regarding wet 
deposition, the dissolution and sulphation rate of calcite appears to be transport-
controlled below pH 4, while between pH 4 and 6 the reaction could be controlled 
by surface kinetics. Other factors infl uence the dissolution, such as hydrodynamic 
fl ow and pressure of CO 

2
  (Guidobaldi and Mecchi  1985 ; Charola  1988  ) . Although 

the low pH of rain is often referred to explain stone decay, particularly in calcareous 
stones, it has been found that acidity frequently decreases as rainfall continues 
(Camuffo et al.  1984,   1988  ) . There is a remarkable discrepancy when the effect of 
acid rain and dry deposition of SO 

2
  on calcareous materials are compared. It has 

been assessed that the relative contribution of acid rain to the total Ca 2+  loss of 
 various stones is approximately 74% in rural areas and only 21% in polluted areas 
(Steiger et al.  1993  ) . However, a study carried out by Irving  (  1991  )  concluded that 
dry deposition of SO 

2
  causes near 5–20% of chemical weathering while wet deposi-

tion causes about 10%. Other authors report that dry deposition is the major cause 
of stone decay in urban areas (Livingstone  1992  ) . 

 The most obvious damage caused by gaseous sulphur is the formation of gypsum by 
the reaction with calcium carbonate. A large number of studies on the decay of Ca-rich 
materials have been published (Amoroso and Fassina  1983 ; Lipfert  1989 ; Charola 
and Ware  2002 ; Bityukova  2006  ) . Multiple works have studied the decay patterns of 
calcareous building rocks, particularly limestone and marble (Marchesini  1969 ; 
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Camuffo et al.  1982,   1983 ; Del-Monte and Sabbioni  1984 ; Charola  1988 ; Mirwald 
et al.  1988 ; Kozlowski et al.  1990 ; Rossi-Manaresi  1991 ; Török  2004  ) . Camuffo 
 (  1990  )  indicated three mechanisms of decay. The fi rst one is the run-off associated 
with ‘white areas’ where the surface is eroded and covered with reprecipitated spatic 
calcite crystals. The second one refers to ‘black areas’ formed on surfaces without 
run-off but where percolation and windborne droplet deposition occurred. The third 
one concerns ‘grey areas’ formed in absence of runoff, percolation and/or droplet 
deposition. These last are not chemically affected but covered by a layer of dust and 
particles. However, studies comparing different rock types (from limestone to sand-
stones) concluded that highly variable mechanisms can be dominant in the rock 
deterioration depending on the rock chemistry and porosity, the air pollution, cli-
matic and micro-climatic factors, and architectural features (Amoroso and Fassina 
 1983 ; Charola  1988 ; Livingstone  1992 ; Steiger et al.  1993 ; Charola and Ware  2002  ) . 
In fact, gypsum crystals formed due to the effect of sulphur compounds can be 
found either on the surface of building materials (as effl orescences or  gypsum layers) 
or into their pore system, where gypsum crystallizes causing important  erosive 
damage features such as fl akes or scales (see section on decay features). 

 A similar pattern of decay is observed for lime mortars, present on buildings as 
joint mortars, plasters and renders. They undergo dissolution and sulphation due to 
sulphur attack (Sabbioni et al.  1998,   2001  ) . Mortars of different composition are also 
affected by the ‘sulphate attack’ as occurs with cementious mortars and Portland 
cement (Santhanam et al.  2001,   2002  ) . In some cases, ettringite ((CaO) 

6
 (Al 

2
 O 

3
 )

(SO 
3
 ) 

3
 ·32H 

2
 O) is also found due to the effect of air pollution (Sabbioni et al.  2001  ) . 

 A very visible effect of sulphate oxides on Ca-rich stony materials is the forma-
tion of gypsum-rich black crusts on building façades due to the transformation of 
the calcareous surface. These black crusts are typically formed in areas of the build-
ing façades protected from rainwater washing. They have a strong aesthetical effect, 
but can be also very damaging to the underlying stony materials. Differences in the 
thermal expansion of gypsum and calcite crystals have been suggested as an 
 additional damaging mechanism (Camuffo et al.  1982,   1983  ) . 

 The case of siliceous-rich stony materials (mainly siliceous stones) is different as 
Ca-rich minerals are not present or abundant in the rock. Gypsum crusts can be 
commonly found on monuments built with Si-rich stony materials as sandstones or 
granitic rocks (Nord and Holenyi  1999 ; Begonha and Sequeira Braga  1996  ) . Some 
authors have specifi cally postulated that these crusts are formed by combination of 
sulphates from air pollution and Ca from feldspars (Schiavon  1993  ) . For others 
workers, gypsum crusts are produced in general by sulphation and nucleation by 
clay and airborne particles (Del-Monte and Sabbioni  1984 ; Nord and Ericsson  1993 ; 
Begonha et al.  1996  )  or by microorganisms involved in their formation (Blázquez 
et al.  1997  ) . Some authors have attributed them to the oxidation of rock pyrites 
(Schiavon et al.  1994  ) , although in most cases, the S in the rock is very low or 
absent. However, although the existence of most of these processes has been proven, 
they cannot explain the formation of thick and compact crusts, due to the low 
 proportion of Ca in Si-rich rocks and the low crystallization of gypsum by  nucleation, 
even in experiments in polluted atmospheres with high sulphate concentrations 
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(Cultrone et al.  2000  ) . This limitation has encouraged other authors to propose 
alternative sources of calcium sulphate, as the sulphation of calcium from mortars 
(Smith et al.  1994  ) . The mortars (jointing and plaster) are very prone to sulphation, 
especially in urban environments with high sulphate pollution, because they are a 
huge source of calcium and salts, easily soluble. Another alternative explanation is 
the use of gypsum plaster on the granite ashlars of the buildings, whose deteriora-
tion and blackening, by deposition of pollution particles, could explain his 
 appearance as crusts (Sanjurjo-Sanchez et al.  2004,   2009 ; Pavía and Caro  2006  ) .  

    2.3.1.2   Nitrogen Oxides 

 Natural sources of nitrogen oxides (NO and NO 
2
 , usually referred as NO 

x
 ) include 

volcanoes, oceans, biological decay and lightning strikes. Vehicle engines are the 
main anthropogenic source of nitrogen oxides in the urban environment although, 
emissions from industrial combustion of coal in coal-fi red power plants, boilers, 
warm air furnaces, gas turbines, open burning, structural fi res, explosives and 
 fertilizers must be considered (Carslaw and Beevers  2004 ; Carslaw et al.  2007  ) . 

 In urban settings, gasoline and diesel engines emit NO, with smaller amounts of 
NO 

2
  and other nitrogen species. Studies have estimated that diesel engines produce 

fi ve times more NO 
x
  (per mass of fuel burned) when compared to gasoline engines. At 

high relative humidity, NO is very rapidly oxidised to NO 
2
  (Gaffney and Marley 

 2009  ) . Direct emissions of NO 
2
  (‘primary NO 

2
 ’) are generally accepted to account for 

about 5% of NO 
x
  emissions, by volume, although this proportion is variable (Jenkin 

 2004b  ) . Studies near major highways show NO 
2
  concentrations positively correlated 

with traffi c density (Roorda-Knape et al.  1999 ; Gilbert et al.  2003  ) . Although the total 
emissions of nitrogen oxides in Europe have declined in the last years (European 
Environment Agency  2007  ) , other factors may counteract the effect of these emission 
reductions. There is strong evidence of recent increases in the fractional contribution 
of NO 

2
  to NO 

x
  emissions from vehicle emissions in Europe, to levels around 10% 

around 2,000 and up to 20% in 2005 in the UK (Pleijel et al.  2009  ) . 
 NO 

x
  strongly react in the presence of sunlight by way of a series of  photochemical 

reactions (Gaffney and Marley  2009  )  with ozone (O 
3
 ) to form ‘secondary NO 

2
 ’. 

Although a large number of chemical processes potentially oxidize NO to NO 
2
  in 

the atmosphere (Jenkin and Clemitshaw  2000  ) , the most important source of 
 secondary NO 

2
  is the reaction of NO with O 

3
 . Throughout the diurnal cycle, NO 

2
  is 

slowly converted into NO 
3
  by reaction with O 

3
  (Jenkin and Clemitshaw  2000  ) . The 

NO 
3
  radical leads to the formation of gaseous HNO 

3
 . Nitric acid shows the highest 

deposition velocity and will result in the eventual formation of highly soluble 
nitrates (Behlen et al.  1996  ) . 

 There is evidence that background O 
3
  has been rising in the last two decades 

(Pleijel et al.  2009  ) , although not necessarily at a constant rate. If background ozone 
concentrations increase, this can lead to a faster oxidation of NO to NO 

2
 , enhancing 

the NO 
2
  concentration at certain level of NO 

x
  emission (Jenkin et al.  2008  ) . 

Nitrogen dioxide (NO 
2
 ) and nitric oxide (NO) play a key role in determining 



66 J. Sanjurjo-Sánchez and C. Alves

concentrations of O 
3
 , nitric acid (HNO 

3
 ), nitrous acid (HNO 

2
 ), organic nitrates, 

nitrate aerosols and other species in the troposphere (Martin et al.  2010  ) . The pho-
tolysis of nitrogen dioxide in the presence of volatile organic compounds (VOCs) is 
considered as the only key initiator of the photochemical formation of ozone and 
photochemical smog (WHO  2000     ) . Volatile organic compounds are a major group 
of pollutants (Parmar and Rao  2009  )  that undergo complex photochemical reactions 
in the lower troposphere (as occurs with peroxyacetylnitrate, PAN). Other chemical 
transformations of NO 

x
  lead to the generation of a variety of inorganic and organic 

oxidised nitrogen compounds (Jenkin and Clemitshaw  2000  ) . On a regional scale a 
large number of reactions, including volatile organic compounds and CO, are important 
to determine the O 

3
  concentration, while on a local scale the dynamics of NO–NO 

2
 –O 

3
  

is dominated by a limited number of fast reactions (Jenkin et al.  2008  ) . Studies have 
demonstrated that annual mean NO 

2
  levels show substantial variations from one site 

to another, even for sites for which the annual mean NO 
x
  level is comparable (Jenkin 

and Clemitshaw  2000  ) . 
 The deposition of nitrogen oxides on building materials is considered as low 

under dry conditions (Charola and Ware  2002  ) . Amoroso and Fassina  (  1983  )  referred 
that nitrogen oxides enhance the sulphate attack to Ca-rich building materials. Nitrogen 
compounds are very soluble and usually do not form stable compounds with stony 
building materials (Sabbioni et al.  1998  ) . Studies in atmospheric simulation cham-
bers have been dedicated to the interplay between SO 

2
  and NO 

2
  in urban settings 

and its role in the decay of some stony building materials, as. Different works 
(Haneef et al.  1992 ; Grossi and Esbert  1994  )  established that for Ca-rich stony 
materials the salt formation reaction is greater in wet/dry cycles that in dry condi-
tions. They point out the importance of other catalysing agents such as transition 
metals (i.e. Fe, Mn, Ti). In the same conditions, the presence of O 

3
  in the chambers 

is less important than the presence of water (Haneef et al.  1992  ) . On the other hand, 
these authors point out the importance of porosity in the development of a moisture 
fi lm and thus active reaction points. 

 Strong synergistic effect on stone degradation has been reported for NO 
2
  and SO 

2
  

mixtures in humid air. It has been proposed that NO 
2
  acts as a catalyst for the oxida-

tion of SO 
2
  on the stone surface (Johansson et al.  1988 ; Johnson et al.  1990    ; Haneef 

et al.  1992  ) . In the case of calcareous stony materials, calcium nitrate can be formed 
by NO 

x
  attack (Allen et al.  2000  ) . However, Allen et al.  (  2000  )  concluded that NO 

2
  

increases the rate of attack by SO 
2
  to Ca-rich components of buildings but did not 

strictly play a catalytic role (based on the reactions that will be here briefl y  summarized). 
According to these authors, the presence of NO 

2
  accelerates the rate of sulphation of 

Ca-rich materials by increasing the oxidation of sulphur dioxide to sulphur trioxide. 
The sulphur trioxide reacts with water vapour producing sulphuric acid that after-
wards reacts with the calcareous materials to form calcium sulphate. NO 

2
  is initially 

consumed but, in the presence of sulphuric acid, the reaction proceeds by the forma-
tion of nitrosonium hydrogen sulphate that reacts with SO 

2
  forming NO, which may 

then be readily oxidised back to NO 
2
 . This sequence of reactions explains, according 

to Allen et al.  (  2000  ) , the possible confusion in relation to the role of NO 
2
  as catalyst. 

The greatest increases in surface sulphur concentration are found when both pollutant 
gases (NO 

2
  + SO 

2
 ) were present. 
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 For other stony materials, the effect of NO 
x
  has been also studied (Martínez-Ramírez 

et al.  1997  ) . The reaction between lime mortars and NO pollutant gas was observed 
as low in atmospheric simulation chambers, but surface water enhances dry deposition 
effects mainly in the presence of ozone.  

    2.3.1.3   Ozone 

 Ozone is mainly generated in photochemical reactions. Episodes of high O 
3
  concen-

tration are frequent in densely populated areas and they have been related to forest 
decline and industrial emissions (Virgarzan  2004  ) . Atmospheric O 

3
  in the lower tro-

posphere is produced by photolysis of nitrogen dioxide (NO 
2
 ) and subsequent recom-

bination between atomic and molecular oxygen in the presence of a third-body 
molecule. O 

3
  is also produced by natural sources (e.g. trees, thunderstorms). However, 

the presence of VOCs in the atmosphere will interrupt this process by being more 
attractive to the nitric oxide that the O 

3
  molecule and therefore will contribute to O 

3
  

accumulation (Haagen-Smit and Fox  1954,   1956 ; Leighton  1961  ) . It has been found 
that the photochemical O 

3
  production in urban areas rises with the NO 

x
  emissions 

and is less sensitive to the VOC emissions (Sillman and Samson  1995  ) . Partially 
oxidised organic species such as aldehydes, ketones and carbon monoxide are pro-
duced as intermediate oxidation products, with O 

3
  formed as a by-product. An enor-

mous variety of VOC classes may be emitted from numerous anthropogenic and 
biogenic sources (e.g. Rudd  1995 ; Guenther et al.  1995  )  and, depending on location, 
either or both categories can make a major contribution to photochemical O 

3
  forma-

tion (e.g., Sillman  1999 , and references therein) (Jenkin and Clemitshaw  2000  ) . 
 In areas moderately contaminated, O 

3
  sensitivity to emission of nitrogen oxides 

depends on the season and on the emission rates (Kleinman  1991  ) . The  non-linearity 
in the NO 

2
  vs. NO 

x
  concentration relationship results mainly from the chemical 

coupling of O 
3
  and NO 

x
 . Another consequence of this is that any reduction in the 

level of NO 
2
  is accompanied by an increase in the level of O 

3
  (Jenkin  2004a,   b ; Itano 

et al.  2007  ) . 
 Besides its known effects on polymers and paints, it is very diffi cult to estimate the 

direct effect of ozone on building materials. It is considered that the effect of the O 
3
  on 

stony materials would be related to the enhancement of effect of sulphur and nitrogen 
oxides (Amoroso and Fassina  1983 ; Martínez-Ramírez et al.  1997 ; Charola and Ware 
 2002  ) . In fact, it is considered that the rate of formation of sulphate from SO 

2
  is 1,000 

times faster if ozone is present (Penkett et al.  1979  ) . O 
3
  can increase SO 

2
  oxidation in 

the absence of water, and according to Martínez-Ramírez et al.  (  1997  )  the most aggres-
sive environment for lime mortar is SO 

2
  in presence of water and O 

3
 .  

    2.3.1.4   Carbon Oxides 

 Carbon oxides (monoxide and dioxide) are normal constituents of the atmosphere. 
The exchange processes between carbon dioxide in the atmosphere, ocean, and 
 biosphere are key steps in the exogenous carbon cycle. CO 

2
  concentrations are 
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highly variably depending on the area and the existence of vegetation, solar radiation, 
etc. (Amoroso and Fassina  1983  ) . Natural sources of carbon dioxide in the atmo-
sphere include combustion of organic matter, respiration processes in  organisms 
and volcanic outgassing. Anthropogenic sources are related to the burning of fossil 
fuels for power generation, transport and heating and other industrial processes. 
Due to such additional sources in urban areas their concentration can be high. 
Anthropogenic emissions of CO 

2
  have constantly increased from the nineteenth 

century. The concentration of carbon dioxide in the Earth’s atmosphere has been 
measured in approximately 387 ppm by volume in the year 2009, rising about 
1.9 ppm/year in average during the period 2000–2008 (data on carbon Budget 
 available online at   http://www.globalcarbonproject.org/carbonbudget/08/hl-full.
htm    ; accessed on August of 2010). This supposes an average concentration of 
0.0387% by volume. This is 103 ppmv (36%) above the 1,832 antarctic ice core 
levels of 284 ppmv (Etheridge et al.  1998  ) . Estimated emissions of traffi c exhaust 
are responsible by 10% of the CO 

2
  global emissions (Gaffney and Marley  2009  ) . 

 Carbon monoxide (CO) exists in lower concentration than CO 
2
  in air. Natural 

sources of CO are natural gases, volcanic outgassing, forest fi res, bacterial activity and 
methane oxidation in the atmosphere. Anthropogenic CO is a fi nal combustion prod-
uct if the amount of O 

2
  is not suffi cient for complete oxidation, sometimes due to a bad 

mixing of the air and fuel. In large urban centres CO concentrations can reach 100 ppm 
and higher (Fellenberg  2000  ) . It is considered that about 25% of CO in the atmosphere 
was produced by direct anthropogenic emissions (Amoroso and Fassina  1983  ) . 

 The effect of the CO on building materials is not easy to assess and no evidence 
exist on the direct damage of the CO to them. The lack of studies does not mean that 
no effect exist on the building materials. CO is an indirect source of CO 

2
 , as it reacts 

quickly with OH to give CO 
2
  (Jenkin and Clemitshaw  2000  ) . CO must be  considered 

as an air pollutant, which damages building materials, as increases the concentra-
tion of CO 

2
  in rainwater. Despite this fact, the indirect effect of CO emissions on the 

decay of building materials has not been studied yet. 
 CO 

2
  in air can be dissolved in rainwater acidifying the pH of the solution. It has 

been calculated that the increase of CO 
2
  in rainwater is 1% for an increase of 12.5% 

in CO 
2
  in the air, depending on the water temperature. An increase of water 

 temperature causes a decrease in the amount of carbon dioxide dissolved. Thus, 
water at temperatures near 0°C dissolves about twice the quantity of CO 

2
  of water 

at about 25°C (Winkler  1994  ) . The resulting acid solution can cause dissolution of 
calcium and magnesium carbonates in calcareous rocks (limestone, dolomite, 
 marble) and other stony materials (lime mortars) to form calcium and magnesium 
bicarbonates respectively. Both bicarbonate salts are much more soluble than their 
respective carbonates (Amoroso and Fassina  1983  ) . 

 Amoroso and Fassina  (  1983  )  proposed that the dissolution of building  materials 
due to high CO 

2
  concentration in air is more important in an indoor environment 

with high water vapour content and near saturation conditions. Water can also 
leach out some metallic ions contained in silicate minerals (micas, feldspars, 
chlorites) or carry foreign ions (from atmospheric particles). These authors defend 
that the increase of porosity caused by the recrystallization of water-soluble calcium 
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bicarbonate is harmful to the building materials (including calcareous and 
non- calcareous stony materials), since it allows acidic solutions containing sulphu-
ric acid and soluble salts to penetrate more deeply inside the stone and to accelerate 
the decay.  

    2.3.1.5   Other Gaseous Compounds 

 Although the effect on the building materials of the main gaseous compounds 
emitted by different anthropogenic sources has been showed above, other minor 
gaseous components have been shortly investigated. Among them, gaseous fl uo-
rine has been briefl y studied. Gaseous fl uorine is mainly emitted into the air, 
including fl uorine (F 

2
 ) and hydrogen fl uoride (HF). They result from industrial 

processes related to the production of aluminium, steel, glass, brick, tile and fertil-
izers (Amoroso and Fassina  1983  ) . Although their atmospheric concentration is 
rarely measured, their effect on building materials has been studied but the role of 
the hydrogen fl uoride was not clarifi ed (Luckat  1976  ) . Experimental studies in 
simulation atmospheric chambers showed that deterioration on siliceous stone sur-
faces was due to nucleation and growth of new crystalline phases (silicon tetrafl uo-
ride and other  compounds) and genesis of fi ssures, microcracks and pores (Cortes 
and Martin  1982a  ) . Similar damage was observed in calcareous stones, but new 
crystalline phases were mainly composed by fl uorite (CaF 

2
 ) and a surface layer of 

chlorite and silica was observed (Cortes and Martin  1982b  ) . 
 Gaseous chlorine has also been considered as a cause of stone decay in buildings, 

as can be dissolved in rainwater to cause crystallization of chlorine salts. It can 
be formed as a result of several industrial processes (plastic production, burning 
of coal and water treatment plants). However, the formation of chlorine salts can 
be more easily related to sea-salt aerosols and rising damp (Amoroso and Fassina 
 1983 ; Begonha et al.  1996 ; Chabas and Jeannette  2001 ; Sabbioni et al.  2001  ) .   

    2.3.2   Particulate Matter 

 The term “atmospheric particles” is used to refer to fi ne solid or liquid particles 
suspended in air. Depending on the research fi eld and interest (e.g. human health, 
atmospheric chemistry), atmospheric particles can be classifi ed considering their 
size. The smallest particles have very short lifetimes in air because their attachment 
to larger particles. The largest particles are short-lived and remain airborne near to 
their source due to their high rate of sedimentation. Atmospheric particulate content 
tends to be modifi ed with time due to coagulation, adsorption of gases, dry and wet 
removal and chemical reaction within particles in the presence of liquid water 
(Amoroso and Fassina  1983  ) . 

 Atmospheric particles may be originated by some natural and anthropogenic 
sources. The main natural sources of atmospheric particles are volcanic outgassing, 
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forest fi res, sea salt (directly emitted), and gas-phase conversion of other atmospheric 
compounds. Anthropogenic sources are mainly burning of fossil fuels (industrial, 
transport and domestic burning), diverse industrial processes, mining and 
 agriculture (Collings and Graskow  2000 ). Natural sources greatly exceed anthro-
pogenic emissions, but anthropogenic particle emissions are frequently concen-
trated. Atmospheric particles are either emitted directly into the atmosphere or 
originated from gas-phase conversions within the atmosphere. Due to climatic 
factors, the cyclic human activity and the diurnal cycles, the concentration of 
 suspended particulate matter in the air oscillates diary, weakly and yearly (Amoroso 
and Fassina  1983 ; Fellenberg  2000  ) . 

 In highly populated urban settings fossil fuel combustion by industrial facilities 
and vehicular engines can be responsible by high concentration of particles in the 
air. Few research works on dry deposition of particles have been performed in com-
parison to gaseous compounds (Judeikis and Stewart  1976 ; Johansson et al.  1988 ; 
Lipfert  1989 ; Cobourn et al.  1993 ; Saiz-Jimenez  1993 ; Ruijgrok et al.  1995  ) . This 
is because it is very diffi cult to assess the sources (natural or anthropogenic) of 
atmospheric particles from their composition. 

 Regarding the chemical composition of particles, some sulphur-rich, Cl, Mg, K, Na, 
Ti, Al, Fe, etc. can be attributed to both natural and anthropogenic sources as sea spray 
in coastal areas or wind-blow of crustal dust. Others (Van-Grieken and Torfs  1996 ; Pio 
et al.  1998 ; Bityukova et al.  2000 ; Chabas and Lefèvre  2000 ; Song et al.  2001 ; Krupa 
 2002 ; Singh and Kumar  2009 ; Maas et al.  2010  )  are attributed to oil combustion (Ni or 
V), urban solid waste (carbonaceous particles, Pb and Zn), industrial burning of coal or 
other industrial emissions (As, Cr, Cd, Pb, V, Zn, Sn, Cu, B and carbonaceous particles) 
and gasoline and diesel combustion (sulphur- and nitrogen-rich salts, Pb, Cl, Br, Cd, 
Zn, Al, Si, carbonaceous particles, volatile compounds and fl y ash). 

 According to Gaffney and Marley  (  2009  ) , the combustion of fuel in transport is a 
signifi cant source of carbonaceous particles (carbon soot or fl y ash by incomplete 
combustion) and metallic particles (Al, Si, Zn, Cd, Pb). Simão et al.  (  2006  )  refers a 
study of Colebeck published in 1995 that indicates that, in the UK, on-road diesel 
combustion contribution to airborne elemental carbon level is though to be between 
80% and 95%. Motor Vehicle emission tests carried out on different types of vehicles 
have revealed important concentrations of Pb, Na, Cl, Cu, Zn, Mn, Fe, Ca, P, SO 

2
 , Si, 

Al, carbonaceous particles and organic carbon (Pierson and Brachaczek  1983 ; 
Hildemann et al.  1991  ) . Other particle emissions caused by car traffi c such as brake 
dust (SO 

2
 , Mg, Fe, Si, carbonaceous particles and organic carbon), tire dust (SO 

2
 , Fe, 

Si, carbonaceous particles and organic carbon) or paved road dust (Si, Al, K, Ca, Ti, 
Fe, SO 

2
 , carbonaceous particles and organic carbon) are not usually considered in 

pollution studies (Hildemann et al.  1991  ) . Human activities in urban areas also con-
tribute to particle emissions through (Hildemann et al.  1991  )  oil boilers (SO 

2
 , NH 

3
  

and carbonaceous particles), wood fi res (Cl, carbonaceous particles and organic car-
bon), synthetic fi res (Cl, Al, SO 

2
 , carbonaceous particles and organic carbon), natural 

gas home appliances (SO 
2
 , NO 

3
 , Cl, Na, Ca, carbonaceous particles and organic car-

bon), meat cooking (Cl, Na, SO, NO 
3
 , Cu and organic carbon) or vegetative detritus 

(Si, Al, Cl, K, Ca, Fe, Cu, Zn and organic carbon) (Hildemann et al.  1991  ) . 
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 The question of which pollution sources are the main contributors to damage 
caused on building materials is a key question to assess the role of each pollution 
source in urban areas. An open discussion exists regarding nearby or surrounding 
emission sources as responsible for the effect of gaseous and particulate pollutants 
on building materials. However, just in relation to particles, the concentration of 
particle sizes <10  m m in diameter in air, when emitted by car engines in urban 
streets, decreases between 60% and 80% of the maximum occurring at 2 m above 
the ground (Wu et al.  2002  ) . 

 Atmospheric particles are responsible by damage on metallic, glassy and stony 
building materials as they can form coatings (soiling) even on smooth surfaces. 
They can dirt surfaces, causing both aesthetic damage (Grossi et al.  2007  )  and creating 
ideal conditions for oxidation processes catalyzed by carbon particles and other 
metals present in dust. Transformation of sulphur oxides to sulphuric acid has been 
linked to hygroscopic components of dust with ionic content (heavy metals and 
salts) containing gaseous sulphur, nitrogen or carbon. Simão et al.  (  2006  ) , in a study 
with silicate rocks, concluded that elemental C and Fe-rich particles of diesel par-
ticulate matter promote the formation of H 

2
 SO 

4
  by catalytic oxidation of SO 

2
 , while 

organic-C and Pb-rich particles did not have a signifi cant contribution on sulphation 
of stones (sulphation of stones was much less signifi cative in stones with gasoline 
particulate matter). The acid solution and the saline and metallic ions can penetrate 
into the building materials that corrode far faster (Fassina et al.  1979 ; Fellenberg 
 2000 ; Charola and Ware  2002  ) . The effect of saline compounds depends on their 
abundance and deliquescent point (Table  2.2 ). The deposition and effects of saline 
ions have been studied and highlighted for HCO − , Cl − , H + , Mg +2 , K +  and Na +  (Van-
Grieken and Torfs  1996  )  with different contributions depending on the time of the 
year and the type of deposition (dry or wet).  

   Table 2.2    Deliquescence points at 20°C (From Amoroso and Fassina  1983  )    

 Compound 
 Deliquescence point 
(relative humidity, %)  Compound 

 Deliquescence point 
(relative humidity, %) 

 NH 
4
 HSO 

4
   30–40  NaNO 

2
   66 

 NaHSO 
4
   52  NaNO 

3
   74 

 (NH 
4
 ) 

3
  H(SO 

4
 ) 

2
   68  KNO 

2
   45 

 (NH 
4
 ) 

2
 SO 

4
   80  KNO 

3
   92 

 KHSO 
4
   86  Pb(NO 

3
 ) 

2
   88 

 Na 
2
 SO 

4
   85–93  NaCl  76 

 MgSO 
4
   91  MgCl 

2
   33 

 ZnSO 
4
 ·7·H 

2
 O  87  CaCl 

2
   18 

 ZnSO 
4
   88  LiCl  13 

 CuSO 
4
   98  BaCl 

2
   90 

 K 
2
 SO 

4
   97  NH 

4
 Cl  77 

 CaSO 
4
   23  KCl  85 

 CaSO 
4
 ·H 

2
 O  68  KI  84 

 HH 
4
 NO 

3
   62  KBr  81 

 Zn(NO 
3
 ) 

2
   45  NaBr  58 
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 Sulphur-rich atmospheric particles have been considered in studies of decay of 
building materials due to air pollution, as they are strongly damaging and frequent 
in urban areas (Amoroso and Fassina  1983  ) . It has been also proposed that major 
gypsum crystallization on the surface of some Ca-rich stone materials can be due to 
environmental deposition of gypsum (Toniolo et al.  2009  )  although this mechanism 
cannot explain the sulphation of calcium carbonate minerals. The most common 
sulphate particles are H 

2
 SO 

4
 , NH 

4
 HSO 

4
 , MgSO 

4
 , CaSO 

4
 , NaSO 

4
 , ZnSO 

4
  and 

(NH 
4
 ) 

2
 SO 

4
 ·ZnSO 

4
 . Some of them can also form metal-sulphur complexes if metal 

ions are present. They are generally associated with particles <3  m m size. These 
sulphur-rich atmospheric particles cause similar damage than gaseous sulphur to 
building materials (Amoroso and Fassina  1983  ) . Metallic ions (Fe, Al, Ti, Cr, etc.) 
can also be found as part of the atmospheric particulate components (Van-Grieken 
and Torfs  1996  ) , on the surface of building materials or forming black coatings and 
crusts (Del-Monte and Sabbioni  1984 ; Maravelaki-Kalaitzaki  2005 ; Sanjurjo-
Sánchez et al.  2011  ) . 

 In urban environments, different types of coatings formed on façade areas 
shielded from rainwater of historic buildings have allowed to study indirectly the 
qualitative air content in the environment of these buildings (Del-Monte and 
Sabbioni  1984 ; Johansson et al.  1988 ; Jones et al.  1996  ) . Dust coatings (soiling), 
silica coatings and crusts, Fe-rich and heavy metal fi lms, and saline crusts have been 
attributed to particulate air pollution (Dorn  1998 ; Vazquez-Calvo et al.  2008    ; 
Sanjurjo-Sánchez et al.  2008,   2011  )  although other scenarios can explain their ori-
gin. Dust coatings or soiling result of the accumulation of particles transported by 
wind on rock surfaces. They are common in both arid and urban or industrialized 
areas. Particles, salts and carbonates accumulate hygroscopic water that captures 
CO 

2
  acidifying the coating (Dorn  1998 ; Charola and Ware  2002  ) . Microorganisms 

and organic detritus, pollen and fl y ash are also found (Sanjurjo-Sánchez et al. 
 2008  ) . Fe-rich coatings have been related to abiotic or biogenic processes, but also 
to deposition of Fe and other metallic oxides from the atmosphere (Del-Monte and 
Sabbioni  1984  ) . Si-rich coatings are frequent on building materials and are essen-
tially formed by amorphous Si, Al and clasts to form an amorphous or detritic matrix 
(Curtiss et al.  1985 ; Watchman  1991 ; Dorn  1998  ) . They have been related to deposition 
of SO 

2
 , although other hypothesis exists, such as precipitation of silica from mortars, 

chemical weathering or biological weathering of silicate minerals (Dorn  1998 ; 
Vidal-Romaní et al.  2003 ; Magee et al.  1988 ; Sulovsky et al.  1996  ) . 

 Carbonaceous atmospheric particles are considered as very active in the forma-
tion of black crusts because they contain sulphur compounds, they have a catalytic 
effect and they can act as nucleation points for growing of gypsum crystals (Del-Monte 
and Sabbioni  1984 ; Camuffo  1990 ; Sabbioni et al.  1996 ; Derbez and Lefèvre  1996  ) . 
Carbonaceous particles and organic matter show high specifi c surface area and thus 
they set particles on the material surfaces and are strongly adsorbed to minerals. In 
fact, carbonaceous particles act as nucleating agents for the growing of gypsum 
crystals (Christwell et al.  1988 ; Del-Monte and Sabbioni  1984 ; Saiz-Jimenez  1993 ; 
Cultrone et al.  2000  ) . On Ca-rich stony materials they play a catalytic effect in the 
transformation of calcium carbonate into gypsum. In fact, gypsum-rich black crusts 
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usually contain abundant carbonaceous particles (Benner et al.  1982 ; Camuffo et al. 
 1983 ; Leysen et al.  1989 ; Ghedini et al.  2000 ; Sanjurjo-Sánchez et al.  2009  ) . 
Roberge  (  2000  )  refers that the deposition on a metallic surface of particles of less 
reactive substances could promote corrosion of that metal due to galvanic effects 
(the author emphasize a special attention to carbonaceous deposits). Carbon com-
pounds on the surface of building materials are due to organic atmospheric 
particles, biological colonization or surface paints and treatments (Saiz-Jimenez 
 1993,   1995 ; Turpin et al.  1991 ; Turpin and Huntzicker  1995 ; Ghedini et al.  2000 ; 
Ho et al.  2002  ) . 

 Fly ash particles, generated in the combustion of coal and diesel, are among the 
main carbonaceous particles relevant to materials decay. The components of the 
fl y ash particles vary considerably depending on the source, but all fl y ash include 
substantial amounts of silicon dioxide (both amorphous and crystalline) and cal-
cium oxide (Pryor and Barthelmie  2000 ; Gaffney and Marley  2009  ) . Some works 
have compared fl y ash derived from oil and coal (Alliksaar et al.  1998  )  by using 
scanning electron microscopy (SEM) and energy dispersive X-ray analysis (EDX). 
Fly ash particles can be used to assess spatial distribution and temporal trends of 
atmospheric deposition of pollutants derived from high temperature combustion 
of fossil fuels. Studies of fl y ash particles in sediments, soils and surfaces are 
relevant because they can be used as indicators of atmospheric deposition of pol-
lutants from fossil fuel combustion, as other pollutants such as NO 

x
  and SO 

2
  do 

not leave reliable historical records on them (Wik and Renberg  1996 ; Sanjurjo-
Sánchez et al.  2011  ) . 

 In general, research on organic particulate compounds in air has been carried 
out since the nineteenth century, but few papers have been devoted to the effect 
of them on building materials. Particulate organic compounds are molecular par-
ticles of very variable origin (Hildemann et al.  1991 ; Simoneit and Mazuret 
 1981 ; Mazuret and Simoneit  1986  ) . Macromolecular organic components in the 
atmosphere range from submicron (diameter <0.1  m m) to supermicron (diame-
ter ~100  m m) dimensions. In general, they can be classifi ed in aliphatic, aromatic 
and halogenated hydrocarbons, hydroxy and carbonyl compounds, esters and 
carboxylic acids (Simoneit and Mazuret  1981 ; Mazuret and Simoneit  1986 ; 
Hildemann et al.  1991  ) . 

 Aliphatic hydrocarbons and lipids (e.g. methane, butane, pentane) are produced 
in industrial processes but also combustion of gasoline and diesel or domestic heat-
ing systems (Simoneit and Mazuret  1981 ; Mazuret and Simoneit  1986 ; Schauer 
et al.  1999  ) . Aromatic hydrocarbons as mono-, di- and trimethylbenzenes, benzene, 
toluene and xylenes have been detected in rainwater and attributed to automobile 
emissions but also to forestation of the outskirts or urban areas. Polynuclear aro-
matic hydrocarbons (PAHs) have been directly linked to combustion of fossil fuel 
due to car engines. In fact, PAHs have been detected in soil associated with heavy 
metals (Pb, Cu, Zn) (Morillo et al.  2008  ) . High molecular weight aromatic species 
are primarily associated with the particulate phase and low molecular weight aro-
matics are enriched in rainwater (Lunde et al.  1977 ; Simoneit and Mazuret  1981 ; 
Schauer et al.  1999 ; Mazuret and Simoneit  1986  ) . 
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 Other compounds such as halogenated hydrocarbons are frequently due to 
organochloride pesticide residues (e.g. DDT, DDE), polychlorinated biphenyls 
(PCBs) and solvents (e.g. chloroform, carbontetrachloride) emitted due to indus-
trial processes. They are frequent in rainwater in urban settings. Hydroxy- com-
pounds (phenolic, n-alkanol and sterol constituents) have been related to unknown 
industrial ambient emission sources whereas sterols and n-alkanol homologues 
are found in association with biogenic atmospheric emanations (plant wax, 
microbial lipids). Phenols have been found in urban settings in dry and wet fall-
out but they also have related to diffuse biogenic sources. In addition, n-alkanols 
and steroids are found in semirural settings and remote marine areas (Simoneit 
and Mazuret  1981 ; Kawamura    and Kaplan  1987 ; Mazuret and Simoneit  1986  ) . 
Carbonyl compounds have been observed in studies of wet and occult deposition. 
Aldehydes and ketones are more frequent in urban samples when compared with 
rural and remote areas due to road traffi c emissions. Few studies have identifi ed 
ester components and only the higher molecular weight esters belonging to the 
lipid fraction have been reported in urban, rural and remote settings. Carboxylic 
acids contribute a small and irregular fraction of the total precipitation acidity. 
Low molecular weight organic acids are frequently detected in urban environ-
ments (Simoneit and Mazuret  1981 ; Mazuret and Simoneit  1986 ; Schauer et al. 
 1999  ) . 

 Airborne organic compounds have been found on the surface of building materi-
als and marked as partly responsible by the damage caused on building materials 
(Gillberg et al.  1977 ; Hoke  1978 ; Saiz-Jimenez  1993 ; Sabbioni et al.  1998,   2001  ) . 
They usually are deposited in urban areas and other carbonaceous particles (as car-
bon soot) can also be found. In fact, inorganic and organic carbon carbonaceous 
particles are found in dust layers (soiling) and gypsum crusts, and different studies 
considered their catalytic effect on the sulphation of Ca-rich minerals in building 
materials (Del-Monte and Sabbioni  1984 ; Dorn  1998 ; Saiz-Jimenez  1993 ; Sabbioni 
et al.  1998,   2001 ; Sanjurjo-Sánchez et al.  2009  ) . They also can strongly corrode 
metallic structures (Saiz-Jimenez  1993  ) . 

 Organic compounds found on the building materials can be similar in the same 
area but different when different settings are considered. Differences depend on the 
concentration of pollutants and the closeness of pollution sources. In addition, iden-
tical compounds are present in crusts and dust layers on buildings whatever the 
building material analyzed (Saiz-Jimenez  1993  ) . All kind of organic compounds 
reported above can be frequently found on black crusts and damaged building mate-
rials (Boyer and Laitinen  1975 ; Mazuret and Simoneit  1986 ; Saiz-Jimenez  1993 ; 
Sabbioni et al.  1998  ) . When stronger pollution is observed, complex mixtures of 
branched and cyclic hydrocarbons can be found (Saiz-Jimenez  1993  ) . In addition, 
biological colonization of building materials can be enhanced due to the deposition 
of carbonaceous particles and organic compounds. This fact can causes degradation 
of some organic compounds. The overprint of biological activity can be observed if 
fatty acids, some hydrocarbons (plant waxes) and organic acids are found on build-
ing materials (Saiz-Jimenez  1993  ) .  
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    2.3.3   Solutions 

 Solutions are an important way of transport of pollutants in either ionic or solid 
form. Several deleterious processes of materials can arise from reactions between 
the constituents of this materials and ionic pollutants such as:

   corrosion of metals – the presence of electrolytes promotes corrosion reactions  –
(Trethewey and Chamberlain;  1995 ; Roberge  2000 ; Tidblad and Kucera  2003  ) . 
The effects of pH and redox (related to oxygen levels) of the solutions on metal 
corrosion can be assessed by Eh-pH diagrams, also called Pourbaix diagrams 
(see examples in e.g. Trethewey and Chamberlain  1995 ; Roberge  2000  ) ;  
  alkali-aggregate reactions in concrete – related to alkaline solutions and some  –
types of aggregates, specially some forms of reactive silica and some carbonates 
(Sims and Brown  1998 ; Farny and Kerkhoff  2007  ) ;  
  sulphate attack – when sulphates in solution react with components of the set  –
cement causing several deleterious phenomena. This is a classical subject that is 
still a subject of research and discussion (for reviews see Eglinton  1998 ; 
Santhanam et al.  2001 ; Bensted  2002 ; Santhanam et al.  2002 ; Neville  2004  ) ;  
  dissolution – the dissolving effects of waters with low pH (acid rain) on carbon- –
ates is nowadays material of highschool books. There are also references to the 
effects of acids on cement phases (Eglinton  1998  )  and on siliceous constituents 
of sandstones (Ashurst  1998  ) . Dreesen et al.  (  2007  )  referred the contribution of 
sulphate solutions to dolomite dissolution (due to the strong ion pair sulphate-
magnesium). Doremus  (  1994  )  refer that silicate glasses are more rapidly dis-
solved by basic solutions. Some authors have referred that solutions with high 
pH could affect silicates (Winkler  1994 ; Bernabé et al.  1995 ; Pye and Mottershead 
 1995 ; García-Talegón et al.  1996 ; Lopez-Arce et al.  2008  ) . According to French 
 (  1997  )  bituminous binders can be partially dissolved by alkaline solutions. 
Another factor that might contribute to dissolution is the higher ionic strength of 
salt solutions that affect the solubility of the minerals (Gillott  1978 ; Dibb et al. 
 1983 ; Magee et al.  1988 ; Zezza and Macrì  1995 ; Galan et al.  1996 ; Skoulikidis 
et al.  1996 ; Chabas and Jeannette  2001 ; Delalieux et al.  2001 ; Cardell et al.  2008 ; 
see also review by Turkington and Paradise  2005  ) ;  
  sulphatation – rock phases are replaced by sulphates. Most studies concern the  –
substitution of calcite (Camuffo et al.  1983 ; Verges-Belmin  1994 ; Camuffo  1995 ; 
Goudie and Viles  1997 ; Charola  2000 ; Charola and Ware  2002 ; Charola et al. 
 2007  )  but there are also references to pseudomorphic replacement of silicate 
minerals in granites (Schiavon  1996  ) ;  
  dedolomitisation, where dolomite is replaced by calcite, a process attributed  –
in Valls-del-Barrio et al.  (  2000  )  to circulation of Ca-rich solutions from mor-
tars through dolostone (this seems to favour granular disintegration). A similar 
process has been considered by Dreesen et al.  (  2007  )  that related dedolomiti-
sation to calcium sulphate solutions associated with oxidation of sulphides in 
the stones.    
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 Solutions promote the migration and decay action of soluble salts. Solutions with 
soluble salts have also been referred as promoters of the deleterious effects of some 
rock constituents, namely clay minerals, by favouring (due to hydroscopicity) 
wetting-drying cycles (Rodriguez-Navarro et al.  1997a  )  and by increasing the volu-
metric expansion of clays (Pye and Mottershead  1995  ) . Some authors also defend 
that rock strength can be affected by the composition of pore solutions (Feucht and 
Logan  1990 ; Feng et al.  2001  ) . 

 Several pathways for the actions of solutions can be considered for the built 
environment such as atmospheric wet deposition, surface circulating waters (including 
seawater) and both descending (infi ltration) and ascending (capillary-rising solutions) 
solutions inside the pore space of the materials. 

 It was referred above that the wet deposition of sulphur gaseous compounds is 
generally considered less important in the acid decay of building materials than dry 
deposition. However, in rural areas where low atmospheric pollution exists, wet 
deposition can be more important (Furlan and Girardet  1992  ) . The combination of 
rainout and washout is called ‘acid rain’. It is considered that the pollutants incor-
porated in wet deposition are usually produced by distant sources more than local 
sources (Torraca  1988  ) . 

 Rainfall can be regarded as the dominant pathway of wet deposition. Compared 
to dry deposition, the action of rainfall is more complicated in the case of porous 
building materials (Steiger and Dannecker  1994  ) . Direct attack to the materials can 
be due to rainfall acidity. When rainfall hits the surface of a porous material it is fi rst 
absorbed by capillary action. It is considered that the dissolution of sulphur oxides 
in water droplets comprises several stages: dissolution of gaseous sulphur dioxide 
in water droplets in clouds or fog followed by oxidation of SO 

2
  to H 

2
 SO 

4
 . The sul-

phuric acid formation increases the acidity of the droplets and stops at pH values 
below two (Amoroso and Fassina  1983 ; Steiger and Dannecker  1994  ) . When these 
acid droplets are deposited on the stone surface they promote the transformation of 
calcium carbonate into gypsum. The effi ciency of ‘acid rain’ depends on the inten-
sity of precipitation, the vertical distribution of substances in the lower troposphere 
and the droplet formation. The chemical composition of the droplets depends on 
various factors: nucleation scavenging, scavenging of gas and particles during the 
evolution of the dispersed system, chemical reactions in the liquid phase, and micro-
physical evolution of the system depending on atmospheric conditions (Camuffo 
 1990,   1991  ) . 

 Acidity can be responsible to the attack to building materials, although strong 
rain could imply washing of dry deposits on the building façades with a positive 
effect. On calcareous stones it has been suggested that water mobilizes any com-
pounds on the stone surface (due to dry deposition) increasing the pH of the solu-
tion. Condensation (due to frog and night dew) can be relevant, particularly in 
springtime when warm and humid air masses reach stony surfaces at temperatures 
below the dew point (Camuffo et al.  1982,   1983  ) . 

 Before considering the effects of water that circulates on the porous media (either 
by infi ltration or by capillary rising from the ground) a few comments on possible 
effects of other free circulating waters are made. Besides being a potentially important 
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source of pollutants, seawater can have disastrous consequences when in direct 
contact with materials due to its high salinity (Trethewey and Chamberlain  1995 ; 
Dibb et al.  1983 ; Roberge  2000  ) . Another classical example of the effects on build-
ing materials of pollutants in circulating waters is the corrosion of sewers related to 
sulphuric acid production due to microbial action (for a description of the process 
see Herman and Maier  2000  ) . Also among the free circulating waters, run-off waters 
have been considered an important factor in the dissolution of materials. They con-
tribute, consequently, to the transport of pollutants to other portions of the built 
environment. Water pathways on the built environment could imply that some mate-
rials constitute pollution sources for other materials such as the stains related to 
metals (Fig.  2.7 ) or the distribution of white coatings relate to carbonate precipita-
tion (such as those showed in Fig.  2.2 ) whose distribution is affected by hydrody-
namical features related to the characteristics of the structures (Alves  2010  ) .  

  Fig. 2.7    Stains on limestones 
related to metal migration on 
a modern construction       
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 Infi ltration of water can lead to solutions with different and more aggressive 
characteristics due to long-time contact between the rain-derived solutions and the 
building materials or pollutants that have accumulated on places such as cornices. 
For example, pigeons that can leave important quantities of excreta on potentially 
infi ltrating areas of buildings. This constitute an important pollution source since 
pigeon droppings have been related to the formation of salts (Gómez-Heras et al. 
 2004 ; Begonha  2009  )  

 Examples of decay features related to infi ltrating solutions are presented in 
Fig.  2.8  including an example from a historical construction and another from an 

  Fig. 2.8    Effects of water infi ltration in historical ( a ) and modern constructions ( b )       
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unfi nished modern construction (this last one highlight a salt pollution risk). 
Downwards movement of solutions in building works related to hydraulic properties 
of natural terrains can also be considered here. For example, Robbins et al.  (  1997  )  
refer that infi ltrations of acid groundwater were associated with the corrosion of 
railway tunnel linings and Puppala et al.  (  2010  )  refer heave of shotcrete tunnel 
linings due to the presence of sulphates.  

 Pollutants related to groundwater, interaction between groundwaters and the 
soils, interactions between soils and atmospheric deposition or all of them can accu-
mulate in the ground below built elements. Composition of groundwaters is deter-
mined by natural and anthropogenic sources (Appelo and Postma  2005  ) . It has been 
found that urbanization affects the composition of groundwaters (Appleyard  1995 ; 
Lerner and Barret  1996  ) . Besides the contribution of rising groundwater, soilwater 
can be an important source of ionic components due to inorganic components in the 
soil (Doner and Lynn  1977  ) . Water balance and leaching conditions can also be 
relevant: periods of drying conditions favour concentration of solutions (see refer-
ence in Domenico and Schwartz  (  1990  )  to a study by Hendry and collaborators 
published in 1986); solutions can be concentrated on sheltered zones (Hawkins and 
Pinches  1987 ; Oyama et al.  1996  ) . Organic activity promotes lower pH due to higher 
CO 

2
  content (resulting from respiration and organic matter degradation) and to 

organic acids (Appelo and Postma  2005  ) . Human and animal excreta, due to their 
high salt content (Stevenson and Cole  1999 ; Tjandraatmadja and Diaper  2006  )  can 
be an important source of pollutants affecting groundwaters and soilwater. 

 These pollutants at the base of the built elements can cause deleterious effects by 
heave movements (Hawkins and Pinches  1987 ; Oyama et al.  1996  )  or impregnate 
the materials by upward movements related to capillary rising processes (the some-
times called “wick effect”, see Goudie  1986  ) . Decay features associated with capillary-
rising solutions will result from water balance between capillary feeding and drying 
that promotes salt crystallisation (Lewin  1982 ; Hammecker  1995  )  as well as from 
chemical reactions between the rising solutions and the materials (such as those 
presented above). Capillary-rising solutions can have an important and generalized 
impact in regions of high salt content (Blackburn and Hutton  1980 ; Goudie and 
Viles  1997  )  and SO 

3
  content (total and water-soluble) has been even proposed as 

criteria to classify soils in relation to the hazard of sulphate attack (see Eglinton 
 1998  ) . Decay features related to capillary rising solutions tend to show height-
related spatial patterns (Fig.  2.9 ) such as concentration of detachments features on 
portions nearer the ground or at an intermediate height position related to the equi-
librium between moisture feeding and drying.  

 The composition of capillary rising solutions might change along height due to 
reactions with the building materials and to chemical differentiation processes such 
as precipitation. A classical example is the general model of distribution of soluble 
salts associated with capillary rising (see, e.g. Arnold and Zehnder  1991  )  where less 
soluble salts are precipitated nearer the ground while more soluble salts are found 
in higher positions. Therefore, salt weathering related to capillary rising depends on 
the properties of the porous materials (that control the attained height and the mois-
ture migration rate), the chemical characteristics of the solutions (that control the 
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supersaturation conditions that lead to salt crystallisation) and the environmental 
conditions (that affect drying rate). An example of the use of these data on the mod-
elling of salt weathering of different salt minerals can be found in Hammecker 
 (  1995  ) . Geochemical differentiation related to solubility could also happen horizon-
tally (see model in Hammecker  1995  ) , a process that would explain the distribution 
of soluble salts in depth (some examples can be seen in Wendler et al.  1990 ; Casal-
Porto et al.  1991 ; Alves and Sequeira Braga  2000 ; Steiger  2003  ) .   

    2.4   Signatures of Pollution Sources 

 As was seen from the previous sections, several pollution sources can act on a given 
local, sometimes simultaneously. In the study of the effects of pollution sources on 
the built environment it is important to identify the pollution sources that actually 

  Fig. 2.9    Salt effl orescences related to capillary-rising solutions in limestones at a modern 
construction: note the distribution of salt effl orescences at the top of the fi rst block, typical of water 
rising from the ground and where the position of the salt effl orescences results from the equilib-
rium between moisture feeding rate, drying rate and of solubility of the salt present at the 
effl orescences       
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affect a given element, both to understand the decay processes and to plan the 
intervention procedures. Mineralogical and geochemical (elements, ions, isotopes) 
studies have been an important factor for this aim. New tracers can be considered 
and are proposed here based in its previous applications on environmental studies of 
other media (air, water, soil) and its relation to the decay processes of materials in 
the built environment. 

    2.4.1   Mineralogy 

 Several substances with a crystalline structure (that will be considered as minerals 
since they are not the result of intended processes) can be formed after emplacement 
of the building materials, arising from pollution sources or from the interaction 
between these and the building materials or from both. Occurrences of these min-
eral phases are frequently macroscopically detectable by visual inspection and are 
usually easy no collect by low impact procedures (a big issue in the study of materi-
als that are part of public or private property or cultural heritage). Its macroscopic 
characteristics allow the study of changes related to variations in the climatic char-
acteristics (Arnold and Zehnder  1991  )  or to infi ltration episodes (Alves and Sequeira 
Braga  1994  ) . They can constitute stable markers of the general chemical features of 
the decay sources and its characterization is useful for the interpretation of chemical 
results since the presence of a given mineral phase implies specifi c relations between 
elements or ions. The characterization of the mineral content of decay features is 
furthermore essential to delineate intervention procedures, namely removal oper-
ations (whose success is strongly affected by the solubility of the minerals in a 
given medium). 

 In relation to soluble salts due to atmospheric and ground pollution, as well as to 
the contribution of stony materials, an extensive list (as well as discussion of major 
sources) can be found in Arnold and Zehnder  (  1991  ) . Metallic elements also give 
origin to a rich variety of mineral substances (some examples might be found in 
Graedel  1987 ; Roberge  2000  )  that might form in very short time (see Watanabe 
et al.  2009  ) . 

 While some more peculiar minerals might be specifi cally linked with a few 
pollution sources, it must be noted that decay-related minerals suffer of the episte-
mological problem of equifi nality that generally affects studies in the natural sciences 
(see, e.g., Turkington and Paradise  2005  ) . For example, the presence of halite (cubic 
NaCl) is usually related to seawater infl uence. However, sodium chloride could 
result from organic contributions and can be found very far away from seacoast 
areas. It would be appropriated to quote Arnold  (  1996  )  that alerting for the prob-
lems related to the origin of soluble salts ended its text with “Chlorides near the sea 
may not be from the sea.” The problem of relation between neoformation minerals 
and pollution sources is not only affected by the existence of multiple potential 
sources but also by geochemical differentiation processes (such as are described for 
natural evaporites in, for example, Risacher and Fritz  2009 ; regarding the built envi-
ronment see also Steiger  2003  )  and the interaction with the substrate. 
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 In general some associations have been proposed (they are discussed in more 
detail in Arnold and Zehnder  1991 ; Arnold  1996  ) , such as potassium nitrate with 
animal’s stables, alkaline sulphates and carbonates with modern building materials 
and oxalates with organic activity (but in this last case there is also the possibility of 
being the product of paintings). Examples of scanning electron microscopy obser-
vations of soluble salt occurrences on modern constructions are presented in 
Fig.  2.10  consisting of alkaline sulphates (which, with the alkaline carbonates, 

  Fig. 2.10    Scanning electron microscopy observations of soluble salts on effl orescences on 
modern constructions: ( a ) alkaline sulphates; ( b ) potassium nitrate       
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constitute the usual minerals in effl orescences found in modern constructions) and 
potassium nitrate (niter), typical of historical monuments but that can also be found 
in modern constructions.  

 Given the problems indicated above, it is useful to map the occurrence of these 
minerals and its associations (see Arnold and Zehnder  1991  )  in order to identify 
patterns of distribution that might help to discuss the possible pollution sources. In 
Alves and Sequeira Braga  (  2000  ) , this methodology allowed to separate different 
salt systems that the authors attributed to human activities, organic sources and 
building materials as well as to identify the widespread occurrence of gypsum in the 
stones affected by capillary rising. Antunes et al.  (  2004  )  present an example of a 
more ambitious study where the characterization of effl orescences at the scale of a 
town suggested to these authors the possible existence of regional trends.  

    2.4.2   Elements and Ions 

 In this section, the use elements and ions will be considered in the assessment of 
pollution sources (isotopic data will be discussed in the next section “Isotopic 
Tracers (Stable Isotopes)”). Qualitative studies about the presence of certain ele-
ments or ions could give indications about the presence of pollutants (see Sabbioni 
et al.  2003  on organic ions) and can give relevant information for the typology of 
decay features (Sanjurjo-Sánchez et al.  2008  ) . The present authors defend that 
qualitative chemical data regarding presence/absence of substances in decay fea-
tures, such as those obtained from scanning electron microscopy, can be used for 
statistical assessment (e.g., contingency tables) of pollution conditions, for example, 
to compare pollution loads in different façades. 

 Absolute values of contents of elements and ions have been used to compare 
decay features and materials (Maravelaki-Kalaitzaki and Biscontin  1999 ; Valls-
del-Barrio et al.  2002 ; Sabbioni et al.  2003  )  and to study patterns of distribution of 
substances in order to discuss the sources of the pollutants and differentiation pro-
cesses (see, e.g., Wendler et al.  1990 ; Casal-Porto et al.  1991 ; Dorn  1998 ; Maravelaki-
Kalaitzaki and Biscontin  1999 ; Alves and Sequeira Braga  2000 ; Steiger  2003  ) . 
Quantifi cation of elements and ions also allows the comparison of contents in 
different fractions by selective extraction (McAlister et al.  2006  ) . 

 Enrichment factors are classically used in geochemistry to compare a certain 
sample with possible sources and evaluate the contribution of these sources. The 
enrichment factor for a given element or ion compares the concentration of that ele-
ment or ion in the sample and the concentration of the same element or ion in the 
possible source (Reimann and Caritat  2000  ) . Such comparison can be normalized 
by using a reference element or ion that is considered immobile or conservative 
(Reimann and Caritat  2000  ) . A classical example is the use of chloride or sodium as 
a conservative ion for the evaluation of seawater and non-seawater fraction in rain 
composition (Appelo and Postma  2005  ) . However, caution is needed in the use of 
enrichment factors (see Reimann and Caritat  2000  )  due to problems arising from the 
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representativeness of the contents considered as reference as well as to the effects of 
the fractioning processes. In the case of the built environment, there are examples of 
using enrichment factors to compare chemical characteristics of decay features with 
possible pollution sources and with the affected substrate in order to distinguish 
their contributions (Sabbioni  1995 ; Torfs and Van-Grieken  1997  ) . Enrichment fac-
tors have also been used to compare different zones and different depths of decay 
features (Maravelaki-Kalaitzaki and Biscontin  1999  ) . 

 Graphical procedures used in the study of both sources and evolution of pollut-
ants include both bidimensional dispersion plots and ternary plots. Dispersion plots 
allow the comparison of elements or ions considering signatures of pollution sources 
and mineralogical relations (Begonha and Sequeira Braga  1996 ; Begonha et al. 
 1996  ) . They are also useful to study variations in the amounts of elements/ions 
against a spatial parameter, such as height, in order to study the existence of possible 
processes of differentiation (Alves and Sequeira Braga  2000 ; Moreno et al.  2006  ) . 

 Ternary plots have been applied in the study of pollution of the built environment 
(see illustration in Fig.  2.11 ) concerning both atmospheric pollution and salt contami-
nation. Some examples of the use of ternary diagrams in the study of atmospheric 
pollution include the grouping of atmospheric particles deposited on surfaces (Derbez 
and Lefèvre  1996  )  and the study of decay features related to atmospheric pollution 
(Begonha and Sequeira Braga  1996  ) . In relation to salt pollution, ternary diagrams 
have been used to discuss pollution sources (Alves and Sequeira Braga  2000 ; Moreno 
et al.  2006  )  as well as to assess evolution with spatial position (horizontal/height) of 
samples (Alves and Sequeira Braga  2000 ; Moreno et al.  2006  ) .   

A A

B B
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II

C C

1

2

  Fig. 2.11    Schematic representation of the use of ternary diagrams in studies of pollutants effects 
on building materials: ( a ) comparison of groups of samples (see examples in Derbez and Lefèvre 
 1996 ; Begonha and Sequeira Braga  1996 ; Alves and Sequeira Braga  2000  )  where “1” represents a 
set of samples in which constituent “B” is predominant while “2” represents a set of samples with 
similar proportions of “A” and “C” and “ B ” is the minor component ( lines  could be used for defi ni-
tion of classifi cation fi elds; see, e.g., Derbez and Lefèvre  1996  ) ; ( b ) trends of evolution, where “I” 
represents depletion in “A” (keeping similar proportions between “B” and “C”) and “II” represents 
enrichment in “A” over “C” while “B” remains a minor constituent (for examples considering evo-
lution with spatial position of samples see Alves and Sequeira Braga  2000 ; Moreno et al.  2006  )        
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    2.4.3   Isotopic Tracers (Stable Isotopes) 

 The distribution of the different isotopes of a same element between reacting chemical 
compounds of coexisting phases is not uniform because of the slightly different 
geochemical and physical behaviour resulting from differences in mass and energy 
contents. Such differences result in isotope fractionation. Fractionation is more pro-
nounced in light elements (H, C, N, O and S) and is widely used in environmental 
research, although fractionation of some heavy elements can also be used (e.g., U). 

 Stable isotopes are not radioactive. In geochemical systems, as those that occur 
in building materials, chemical equilibrium is necessary but not suffi cient for isoto-
pic equilibrium because isotope exchange reactions can proceed without any appar-
ent change in the distribution of the chemical species (Fritz and Fontes  1980  ) . Stable 
isotope geochemistry is concerned with the relative portioning of stable isotopes 
among substances. Differences in fractionation are due to equilibrium and kinetic 
effects. In general, heavier isotopes form more stable bounds and molecules of dif-
ferent masses that react at different rates. In surface or near-surface environments, 
many processes are unidirectional and thus isotopic disequilibrium exists between 
reactants and products (e.g. evaporation). Reaction paths and environmental condi-
tions may be identifi able by measuring partitioning of isotopes between different 
chemical compounds, because they are more of less reproducible under given envi-
ronmental conditions (Fritz and Fontes  1980  ) . 

 Stable isotopes in minerals are especially useful for unravelling the geochemical 
history of a system. It is diffi cult to determine accurately the absolute abundance of 
an isotope in every compound. For most geochemical purposes it suffi ces to know 
the relative abundances with respect to a standard value. These relative isotope con-
centrations can be accurately determined through differential isotope ratio measure-
ments using double-collecting mass spectrometers. This relative difference is called 
 d -value defi ned as:

    ( )( ) 3
x stdx 1 10R Rd = - - ´

   (2.1)   

 As example, if an isotope fractionation of a sample has a  d  = 10‰ that means that is 
enriched in such isotope by 10‰ or 1% in relation to the standard. The partitioning 
of stable isotopes in a reaction such as  A  ⇔  B , can be quantitatively expressed by a 
fractionation factor on the basis of isotope ratios:

    A B A BR R- =α    (2.2)   

 Where  R  is the ratio of the less abundant isotope to the more abundant one, such as 
e.g.,  34 S/ 32 S. In the case of building materials,  A  and  B  can be a water solution and a 
growing mineral. Introducing the  d  defi nition we can re-write the equation in terms 
of  d  values:

    (1000 ) (1000 )A B A B- = + +α δ δ    (2.3)   
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 Most factors of equilibrium isotope fractionation are close to unity, with variations 
in the third decimal place. If the isotopes are randomly distributed in the compounds 
 A  and  B  then under isotopic equilibrium conditions the fractionation factor ( a ) is 
related to the equilibrium constant ( K ) by:

    
1/nK=α    (2.4)  

where  n  is the number of atoms exchanged and  K  =  a  in a monoatomic reaction. 
Thus, for simplicity isotope exchange reactions are usually written such that only 
one atom is exchanged. 

 There are internationally accepted standards for the different stable isotopes. Those 
of hydrogen, carbon, nitrogen, oxygen and sulphur are shown in the Table  2.3 .  

 It is possible to follow the processes of the formation, dissolution or recrystalli-
zation of carbonates, nitrates and sulphates, using only isotope variations linked to 
the chemical reactions involving stable isotopes. The variations in natural isotope 
abundance are linked to the fact that isotopes with the heavier mass react slightly 
slower than low-mass isotopes according to the square-root of the ratio of the mass 
of the two isotopes. Such variations also occur during the decay of some building 
materials. When solid carbonates, sulphates or nitrates precipitates slowly from a 
solution exactly at its saturation point, there exist an “isotopic equilibrium” between 
the isotope concentrations in the solution and the solid, which is dependent only on 
temperature. Thus, although studies on the stable isotopes of light elements in build-
ing materials are scarce, they have strong potential as tracers of the damage caused 
by diverse pollution sources. 

    2.4.3.1   Hydrogen 

 There are variations in the natural abundance of stable hydrogen isotope species 
( 1 H and  2 H, H and D, or hydrogen and deuterium, respectively) due to the result of 

   Table 2.3    Main internationally accepted standards for light stable isotopes   

 Element  Standard acronym  Standard name 

 H  V-SMOW  Vienna Standard Mean Ocean Water 
 NBS-1  National Bureau of Standards 
 NBS-1A  (National Bureau of Standards) 
 SLAP  Standard Light Antarctic Precipitation 

 C  NSB-20  Olenhofen limestone (National Bureau of Standards) 
(National Bureau of Standards) 

 NSB-21  Spectrographic carbon 

 N  NBS-14  Nitrogen-gas sample (National Bureau of Standards) 

 O  V-SMOW (for waters)  Vienna Standard Mean Ocean Water 
 VPDB (for carbonates)  Carbonate standard derived from  Belemnitella Americana  

from the Pee Dee Formation of South Carolina (USA) 

 S  VCDT  Vienna Canyon Diablo Triolite 
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fractionation caused by phase transitions, chemical reactions and transport processes 
(surface evaporation, atmospheric condensation, reevaporation and precipitation). 
Values of  d  18 O and  d D in water vapour and precipitation (HDO, H  

2
  18  O and H  

2
  16  O) 

suffer large fractionations as a result of condensation and precipitation and show 
regular seasonal variations generally correlated with temperature changes (precipi-
tation during winter is depleted in heavy isotope species). Thus, the water isotope 
fractionation is a sensitive tracer for diagnosing transport and dehydration mecha-
nisms (Webster and Heymsfi eld  2003 ; Jouzel et al.  2000  ) . In addition, fractionation 
depends on the latitude, altitude, distance from the coast and the amount of precipi-
tation (Dansgaard  1964 ; Gat  1980 ; Araguas-Araguas et al.  2000  ) . As an example, 
progressive depletion of precipitation with increasing distance from the coast has 
been observed (Rozanski et al.  1993  ) . In continental areas the surface air seems 
close to isotopic equilibrium with local precipitation. In coastal areas, the situation 
is more variable (Gat  1980  ) . Excess of deuterium in precipitation provides information 
on the climatic conditions at the oceanic source region, but water evaporated in 
continental basins can modify the original signal. This could also occur if the D 
excess were measured in pore water of building materials or neo-forming minerals 
due to damage caused by atmospheric pollution. 

 The atmospheric H 
2
  has an unusually high D content, due to photochemical 

production from methane and hydrocarbons, and minor emissions coming from vol-
canoes, microbial nitrogen fi xation, fossil fuel and biomass burning. Fractionation 
has provided information on sources and sinks (Rahn et al.  2002 ; Ehhalt and Rohrer 
 2009  ) . Isotopic measurements in polluted air of urban areas have reported depleted 
 d D values from −180‰ to −340‰ (Gerst and Quay  2001 ; Rahn et al.  2002 ; Ehhalt 
and Rohrer  2009  ) , although measurements in winter suggested cleaner air. An 
enriched  d D global average of 130‰ has been proposed by Gerst and Quay  (  2000  ) . 
Measurements on fossil fuel showed  d D values between −196‰ and −270‰ (Ehhalt 
and Rohrer  2009  ) . Automobile exhaust is believed to dominate anthropogenic H 

2
  

emissions. According to Vollmer et al.  (  2010  ) , the isotopic signatures are controlled 
by a temperature-dependent isotope equilibration between H 

2
  and H 

2
 O. A similar 

process was suggested for the oxygen isotopes in CO 
2
  and H 

2
 O in car exhaust (Affek 

and Eiler  2006  ) , and for H 
2
 –H 

2
 O in high temperature steam reforming and low-

temperature photobiological processes (Rahn et al.  2002  ) . 
 Variations of D in atmospheric H 

2
  and H 

2
 O occur in the air and solutions but 

remain unchanged in minerals. This is very important to use H/D as tracers in build-
ing materials. Oxygen and hydrogen isotope fractionations occur between the water 
of crystallization in hydrated salts and the solutions from which they were formed 
(Savin  1980  ) . For most minerals, the isotopic composition of the water depends 
almost exclusively on that of the solution from which the salt crystallized. Mineral 
phases can be formed and remain out of equilibrium with the environment for long 
periods of time Thus,  d  18 O and  d D values of the crystallization water in salts formed 
in buildings will allow inferences about the waters from which they have precipi-
tated. The hydration water of gypsum is enriched, relative to the solution from 
which it crystallizes, by about 4‰ in  18 O and is depleted in D by 15‰ (Jouzel et al. 
 2000  ) . Such fractionations do not vary with temperature. The H/D fractionation is 
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very useful for carbonate and sulphate minerals but also for siliceous compounds 
(including opal-A) that are very frequent in building materials as neo-forming min-
eral growths due to damage caused by atmospheric pollution (Savin  1980  ) . 

 Although measurements of H/D signatures in rainwater, water vapour and H 
2
  

exist and have been used in geochemical studies, data are not found on building 
materials. They could be useful as tracers of pollutants and salts that damage building 
materials as they should provide important information of the sources of solutions 
carrying pollutants.  

    2.4.3.2   Carbon 

 Carbon can be found in the carbon cycle of the Earth as two stable isotopes:  12 C and 
 13 C. The isotopic  d  13 C value in atmospheric CO 

2
  is estimated in −7‰ or −8‰ 

(Deines  1980 ; Brenninkmeijer et al.  1999  ) . The concentration of CO 
2
  in air is nega-

tively correlated with the  13 C ratio. Based on anthropogenic emissions a decline in 
the  d  13 C of atmospheric CO 

2
  by 2.6% since the last century is expected but analyses 

of wood samples indicate much smaller change (Deines  1980  ) . In addition, CH 
4
  

oxidation may lead to the formation of CO as an intermediate product, hence, the 
CH 

4
 , CO and H 

2
  cycles appear to be closely related. 

 Results of carbon isotopes in CO 
2
  emissions produced by different anthropo-

genic sources in urban environments have been reported in the literature. Deines 
 (  1980  )  remarked that CO 

2
  from the combustion of fossil fuel have an isotopic com-

position between −25‰ and −30‰and CO 
2
  from road traffi c ranges from: −27.6‰ 

to −29.3‰. Other combustible sources show ranges between −24.6‰ and −25.6‰ 
for coal, −29.1‰ to −29.5‰ for fuel oil and −37.7‰ to −40.5‰ for natural gas. In 
general, depleted  d  13 C values of anthropogenically emitted CO 

2
  vary widely 

from −40.5‰ to −24.6‰ and urban air values range from −8.6‰ to −24.4‰ 
(Widory and Javoy  2003  ) . The combination of CO 

2
  concentration and  d  13 C mea-

surements of CO 
2
  in air allow the identifi cation of the main sources in urban, rural 

and marine settings. The  d  13 C from pollution varies due to mixture of fossil fuel 
emissions and clean air CO 

2
 . The main pollutant CO 

2
  source are vehicle exhausts, 

with diesel exhausts showing much lower CO 
2
  concentration than gasoline exhausts 

(Widory and Javoy  2003  ) . 
 CO is also a good indicator of the effects of human activity on the atmosphere 

since fossil fuel combustion is one of its sources, but its isotope ratio is modifi ed 
during by reaction with OH radicals. The magnitude of the isotopic fractionation 
depends on pressure, altitude (removal of CO in the upper troposphere is due to the 
lower pressure) and diffusion. In recent years, several data have been reported on 
isotopic composition of CO in the exhaust of automobiles. Estimated averages of 
isotopic  d  13 C of CO emitted vary: −23.8 ± 0.8‰ for gasoline engines and −19.5 ± 0.7‰ 
for diesel engines(Tsunogai et al.  2003  ) . A good linear correlation has been observed 
for the CO content and the isotopic compositions in road and urban atmosphere, 
irrespective of their sampling points and time (Stevens et al.  1972 ; Kato et al.  1999 ; 
Tsunogai et al.  2003  ) . Other anthropogenic combustion sources of CO show different 
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 d  13 C values, such as bituminous coal that ranges from −22‰ to −27‰ (Elswick 
et al.  2007  ) . Assuming steady state, anthropogenic CO from fossil fuel burning will 
be enriched in  13 C during its atmospheric lifetime. The  d  13 C values in regional stud-
ies have showed that local sources contribute CO that is about 5‰ enriched 
(Brenninkmeijer et al.  1999  ) . Air samples collected from cities showed that  d  13 C 
variation exceeded that for  d  18 O. This suggests that  d  13 C values for CO in each urban 
area refl ected the variation in the predominant source of petroleum (Stevens et al. 
 1972 ; Conny  1998  ) . 

 The isotopic fractionation of gaseous carbon oxides will be recorded in neoforming 
minerals in buildings, as gases are dissolved and incorporated to the building envi-
ronment. Chemical interactions at or near the solid-solution interface have major 
infl uence on the behaviour of carbonate minerals. Capture of inorganic carbon 
occurs in carbonates, mainly CaCO 

3
 . These processes are affected by pH, temperature 

and the presence of other ions in solution. Some substances that are frequent in air 
pollution are potential inhibitors of the precipitation of calcium carbonate, as occurs 
with sulphur compounds, such as several metallic ions and organic compounds 
(Morse and Mackenzie  1990  ) . The carbon isotopic composition of carbonates, 
dissolved carbonic acid species, methane and organic matter exhibit considerable 
variation. In such compounds, the degree of fractionation also depends on the effect 
of the diffusion in a solid media. Brenninkmeijer et al.  (  1999  )  asseverate that because 
most CO and CO 

2
  are absorbed in the top few cm of soils or building materials, 

diffusion effects may be suppressed in some cases (e.g. surface coatings). However, 
several studies reveal that as carbon crosses the gas-water interface a kinetic isotope 
fractionation takes place, caused by the different diffusion velocities of the light and 
heavy CO 

2
  molecules since lighter isotopes diffuse more quickly (Létolle et al. 

 1988 ; MacLeod et al.  1991  ) . 
 In buildings, the ultimate carbon source of surface carbonation in concretes and 

mortars is atmospheric CO 
2
 , which is dissolved into infi ltrating water as meteoric 

rainwater, groundwater, or both. Thus,  13 C from carbonates can be used as tracers of 
primary, secondary of further carbonation processes. In building materials, carbon-
ate ions are in equilibrium with CaCO 

3
 . Lime mortars are composed of both an 

aggregate (usually sand) and a CaCO 
3
  binder, formed due to reaction of Ca(OH) 

2
 . 

Neoformation of calcium carbonate can occurs when high air CO 
2
  concentrations 

exist and  13 C can be used as a tracer. 
 Strong fl uctuations in the isotopic fractionation from the atmospheric value are 

evident in mortars. From experimental studies it has been found that  13 C fraction-
ation during the formation of CaCO 

3
  varies considerably over the fi rst 48 h of exposure. 

The absorbed CO 
2
  measured after 48 h decreases with increasing weight of CaO 

(Pachiaudi et al.  1986  ) . However, considerable variations in the absorption of atmo-
spheric CO 

2
  are probably due to uncontrollable atmospheric effects (weather condi-

tions). CaCO 
3
  from lumps in the binder (originated from incomplete combustion of 

CaCO 
3
  to obtain CaO) must be considered separately, as its  d  13 C value corresponds 

to the limestone used to obtain the lime mortar. Pachiaudi et al.  (  1986  )  calculated a 
value close to −21‰ for mortars that set in air containing CO 

2
  of  d  13 C = −7‰. In the 

case of concrete and Portland cement, carbonates can be studied in a similar way to 
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what is done with carbonate deposits in nature. Freshwater travertines produced by the 
interaction of CO 

2
  with hyper-alkaline waters are geochemically comparable to calcites 

produced in the concrete environment. The formation of calcites in alkaline freshwater 
solutions involves a kinetic carbon isotope fractionation between calcite and CO 

2
 . 

 One of the causes of concrete decay is carbonate mineral growth from water 
fl owing across and through concrete structures as dissolved gaseous carbon react 
with portlandite (Lea  1970 ; Pye and Schiavon  1989 ; MacLeod et al.  1990  ) . This 
decarbonation process is important since it has consequences for the mechanical 
properties of concrete (e.g. alteration of steel reinforcements). Such processes have 
been successfully studied by stable C and O isotopes. The pH values of the pore 
waters of concrete are thought to be in the range 12–14 (Glasser  1986  ) , caused by 
the amount of dissolved portlandite (Ca(OH) 

2
 ) which is a major component of the 

cement paste within concrete (Lea  1970  ) . At high pH-values (>10.3) the dominant 
specie is the carbonate ion and deposition of calcite is instantaneous. In addition, 
calcite crusts can be formed due to the reaction of portlandite coatings (of the con-
crete surface) with carbon dioxide in solution (Lea  1970 ; MacLeod et al.  1991  ) . The 
mechanism of crusts or effl orescent carbonate growths has been related to leaching 
of portlandite due to moisture migration through the concrete. The  d  13 C from calcite 
growths in concrete will indicate the source of carbon. Assuming the  d  13 C value of 
−7‰ in the atmosphere, a range of  d  13 C values in the concrete can be calculated 
(Macleod et al.  1991 ; Iden and Hagelia  2003  ) . However, measured values fall out-
side the calculated fractionation ranges. Craig  (  1954  )  suggested that further kinetic 
fractionation could possibly result from secondary diffusive processes. The earlier 
models were based on the migration of moisture through the structure depositing 
calcite on the surface (Lea  1970  ) . It has been suggested that pH may have chemi-
cally enhanced the fractionation process (Létolle et al.  1988 ; Macleod et al.  1991  )  
and a certain depletion of  13 C will occur in the reaction product. Létolle et al.  (  1992  )  
and Rafai et al.  (  1991,   1992  ) , proposed that a considerable quantity of atmospheric 
CO 

2
  is trapped by Ca(OH) 

2
  to form CaCO 

3
  and by calcium silicates to give a com-

plex CSH–CO  
3
  −2   combination, during the concrete strengthening. Such minerals 

show very low  d  13 C and  d  18 O and a high pH zone is created in contact with water 
saturated CO 

2
 . In a second step, CO 

2
  will be slowly released giving further calcite, 

while Ca +2  is released by the same hydrolysis process and a new calcite is formed 
with a different isotopic composition. As time goes by, calcite shows smaller  d  13 C 
due to the slow diffusion of CO 

2
  in the water-fi lled porosity of cement. When a wave 

of carbonation from the periphery to the depth of the concrete occurs and is fol-
lowed by decarbonation, very low isotope ratios can be measured at the carbonation 
front. In the outmost part of concrete structures, the  d  13 C will be depleted compared to 
inner parts. However, interactions between water molecules and dissolved substances 
will reduce this effect. Kinetic fractionation will also result in  13 C depletion of the 
products, but values in the literature are highly variable (Iden and Hagelia  2003  ) . 

 Dietzel  (  2000  )  described two major ways of calcite sinter formation in concretes: 
by absorption of CO 

2
  in alkaline calcium hydroxide solutions within the concrete, 

or by deposition from ground water with dissolved CaCO 
3
 . The fi rst reaction will 

result in  d  13 C values of about −25‰, and the second in values about −13‰. 
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Intermediate values indicate overlap of the two processes. However, Iden and 
Hagelia  (  2003  )  suggest that the dominating reaction that causes the growth of the 
calcite crusts on concrete surfaces open to the atmosphere is the interaction of 
hyper-basic fl uids with CO 

2
 . The rate of growth of calcite within the cement paste 

itself is increased when water percolates into the structure and CO 
2
  enters into the 

concrete to be fi xed as calcite. There are no similar studies of stable carbon isotopes 
on the carbonation and decarbonation of other materials (such as Ca-rich rocks) but 
the processes related above must be considered in future studies of  d  13 C as a tracer 
in building materials. 

 Other studies have used  d  13 C to assess stone decay in Heritage buildings. Aberg 
et al.  (  1995  )  studied the decay of carbonaceous sandstones in buildings of Sweden, 
exposed to outdoor air for several decades to centuries. They found a lowering in the 
 d  13 C values at or close to the surface of the rocks, while the overall  d  13 C value in the 
unweathered sandstones was homogeneous ( d  13 C values of +3–+4‰). They suggested 
that such lowering was caused by an isotopic exchange between carbon in the atmo-
spheric CO 

2
  and carbon in calcite during sulphation processes affecting the rock.  

    2.4.3.3   Nitrogen 

 Two stable isotopes of nitrogen ( 14 N and  15 N) exist. Air is used as the  d  15 N standard 
( d  15 N = 0‰) because of the constant average abundance of  15 N (0.366%). The  d  15 N 
values of atmospheric gaseous nitrogen usually range between −15‰ and +15‰ 
(Kendall  1998  )  depending on the nitrogen compound: N 

2
  commonly ranges 

between −1‰ and 1‰, NH 
4
  between −3‰ and 10‰, and NO 

3
  between −10‰ 

and 8‰ (Létolle  1980  ) . 
 Anthropogenic sources include chemical processing and combustion of fossil 

fuels in automobiles and power plants, and they show extremely low  d  15 N values. 
Isotope shifts can occur due to selective rainwater washout of N-rich materials 
(Heaton  1987  )  and the total range observed at any single location can be as large as 
20‰. In general, the NO  

3
  −  in rain appears to have a higher  d  15 N value than the 

co-existing NH 
4
 . Equilibrium exchange reaction between gaseous NO or NO 

2
  and 

dissolved NO  
3
  −  could explain the resulting  15 N enrichment of the NO  

3
  −  . However, 

other studies have illustrated various complicated relations (Moore  1977 ; Heaton 
 1987  )  and there is considerable inter-storm, site-specifi c and seasonal variability. 

 Special attention has been given to nitrogen oxides in polluted air because of 
their contributions to acid rain. Values of  d  18 O and  d  15 N of nitrate may allow better 
separation of different anthropogenic sources of gaseous nitrogen in the atmosphere 
(Kendall et al.  1995 ; Kendall  1998 ; Widory  2007  ) . Measurements of the  d  15 N of 
anthropogenic sources of gaseous NO 

x
  (Heaton  1990  )  provided values from −11‰ 

to −2‰ for gasoline vehicles, from −13‰ to −2‰ for diesel vehicles, and from 6‰ 
to 13‰ for coal-fi red power stations. 

 Regarding atmospheric particles, few studies have used nitrogen isotope though pre-
liminary results showed they could be a potential tracer of their origin (Widory  2007 ). 
Nitrogen in atmospheric particulate matter mainly occurs as nitrate and ammonium 
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(Seinfeld 1986; Seinfeld and Pandis  1997  ) . It is known that aerosol nitrogen species 
in Europe are mainly anthropogenic, arising from the oxidation of gaseous NO 

x
  

produced in high-temperature combustion process due to car engines and industrial 
activities. General data of  d  15 N of atmospheric particles from pollution sources pro-
vided by Widory  (  2007  )  show values of 4.6‰ for unleaded gasoline, 3.9–5.4‰ for 
diesel combustion, 3.0–15.4‰ for natural gas, −19.4–2.9‰ from fuel oil, and 5.5–
8.0‰ for waste incinerators. For coal burning, values depend on the type of coal: 
1.9‰ for bituminous coal and 2.7–5.35‰ for anthracites. Seasonal variations have 
been observed and explained as resulting from negative fractionation in the NO 

2
 /

OH reaction in summer compared to winter by the daytime and nighttime removal 
reactions of NO 

x
  (Freyer et al.  1993  ) . 

 Although isotopic data of  d  15 N fractionation exist in air, water, soils, sediments 
and rocks for studies of pollution there is a lack of research on fractionation of N 
stable isotopes in building materials. Values of  d  15 N combined with heavy metal 
concentrations in mosses growing in walls and roofs have been used to monitor traf-
fi c exposure (Pearson et al.  2000  ) . Fractionation of  d  15 N has been successfully used 
to study the decay of wood in ancient tombs (Filley et al.  2001  ) . Different physico-
chemical processes such as diffusion through porous and aqueous media, dissolu-
tion of molecular nitrogen in water, evaporation of volatile nitrogen compounds and 
ion exchange, are the principal inorganic process responsible of isotope fractionat-
ing. The diffusion of nitrogen in porous materials must be considered in the of study 
 d  15 N fractionation in building materials. The diffusion of molecular nitrogen in 
water is also important as it will occur in the porous system of building materials.  

    2.4.3.4   Oxygen 

 Although three stable oxygen isotopes exist ( 16 O,  17 O and  18 O) only the lighter and 
the heavier are commonly used as pollution tracers. Variable  d  18 O values in the 
atmosphere can be found in H 

2
 O, O 

2
 , CO 

2
 , CO, NO 

x
  and SO 

2
  in the atmosphere. 

 In continental areas the surface air seems to be close to isotopic equilibrium with 
local precipitation, while in coastal areas variable situations can be observed (as 
marine air is not at isotopic equilibrium with surface waters). Variation of de  d  18 O 
with altitude (Gat  1980  ) , due to the lowering of temperature with increasing eleva-
tion, leads to enhanced condensation and therefore to a progressive depletion in 
heavy isotopes of precipitation. The stable isotope composition of precipitation 
samples has been intensely studied in the world. As a rule they are depleted in the 
heavy isotope and can be correlated with the temperature changes of precipitation 
during rains. Values of  d  18 O and  d D in precipitation are linearly correlated. However, 
the  d D vs.  d  18 O relationship for precipitation in any region often differs from the 
global equation (Gat  1980  ) . Latitudinal variations also exist in precipitation 
(Araguas-Araguas et al.  2000  ) . 

 The  d  18 O of atmospheric CO 
2
  is infl uenced by several processes (Friedli et al. 

 1987  )  such as: exchange and isotopic equilibration with cloud droplets, exchange 
with the ocean, with leaves of plants, soil respiration, and anthropogenic emissions. 
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As important anthropogenic emissions of CO exist in urban environments, oxygen 
stable isotopes of CO from combustion sources have been more studied than CO 

2
 . 

CO is enriched in  18 O (Brenninkmeijer et al.  1999  ) . Brenninkmeijer and Röckmann 
 (  1997  )  and Huff and Thiemens  (  1998  )  reported large  d  18 O variations, while Kato 
et al.  (  1999  )  reported homogeneous values (+22.3‰) in exhaust from gasoline 
automobiles. Huff and Thiemens  (  1998  )  attribute the  d  18 O variation to the role of 
catalytic converters in recent engines. However, Brenninkmeijer and Röckmann 
 (  1997  )  found  d  18 O variations (from +6‰ to +19.5‰) in a non-catalyst automobile. 
In addition, a linear correlation between  d  13 C and  d  18 O measured in CO is observed 
for gasoline automobiles but not for the old, non-catalyst automobiles. An average 
isotopic composition of CO from automobiles was calculated as +23.7 ± 1.8‰ 
(Tsunogai et al.  2003  ) . 

  d  18 O in CO has two major causes of variability (i.e. combustion sources and 
kinetic fractionation). However,  d  18 O values of CO from methane and hydrocarbon 
oxidation are not well known (Brenninkmeijer et al.  1999  ) . Important variations of 
 d  18 O values are observed in non-urban air when compared with other isotope frac-
tionation values (such as  d  13 C), while air samples collected from cities do not show 
such variability (Conny  1998 ; Stevens et al.    1972   ). Stevens et al.  (  1972  )  suggested 
that seasonal variation in  d  13 C and  d  18 O values were driven by variation in anthropo-
genic CO sources. Therefore, there is a dual oxygen/carbon isotopic signature for 
local CO sources in some cases. 

  d  18 O values have been studied in other atmospheric gaseous compounds. 
Although no much data exist, it is known that the  18 O of nitrous oxide emitted from 
anthropogenic sources is variable. Nitrous oxide in the fl ue gas during the staged 
combustion of coal became depleted in  18 O, although enriched relative to the nitrous 
oxide in the background air (Ogawa and Yoshida  2005  ) . Oxygen isotope ratios have 
proved useful for distinguishing N 

2
 O formation pathways (Wahlen and Yoshinari 

 1985  ) . The fractionation of O isotopes in atmospheric SO 
2
  is also variable. The 

isotopic  d  18 O of rainfall sulphate ranges between +8‰ and +14‰, with a mean of 
+10.2‰, close to the value of seawater sulphate +9.6‰. Seasonal variations have 
also been observed, parallel to seasonal  d  18 O changes in the rainwater (Pearson and 
Rightmire  1980  ) . Anthropogenic emissions of particulate and gaseous sulphur com-
pounds have a wide range of isotopic S and O compositions, depending into the 
source of fuel and temperature of combustion. During the oxidation of sulphide to 
sulphate fractionation occurs in two steps. When sulphide is produced, molecular 
 16 O is consumed in preference to  18 O with a kinetic fractionation of 8.7‰. Sulphite 
oxidation (second step) is catalyzed by trace amounts of transition metals (Pearson 
and Rightmire  1980  )  and the isotopic fractionation occurred in this step must be 
considered when O isotopes are used as tracers in building materials. 

 Equilibrium isotope fractionation of oxygen between minerals and water has 
been studied by experimental and fi eld measurements. It can be important in salts 
and soluble minerals (e.g. carbonates and sulphates) but is usually low between 
water and silicate minerals. Oxygen fractionations occur in hydrated salts and the 
solutions from which they formed, depending on the crystallographic sites occupied 
by the water, as occurs with  1 H/ 2 H. 
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 Values of  d  18 O reported from common building materials have mainly been 
measured in stony materials, such as concrete and mineral growths due to concrete 
decay. They have been useful for the identifi cation of various phenomena occurring 
during concrete carbonation, as with  d  13 C. However, the use of oxygen isotopic 
features to identify the pathways of pollutants through concrete is more compli-
cated, since CO 

2
  readily exchanges isotopes with carbonate ions in water. After a 

few hours of concrete setting isotopic equilibrium is reached and dissolved CO 
2
  is 

richer in  18 O by 41% relative to the water medium at 20–25°C (Rafai et al.  1991, 
  1992  ) . If dissolved CO 

2
  has not equilibrated with H 

2
 O before it contacts the high pH 

zone, its  18 O content is much less than in the equilibrium case, and the  18 O content 
of precipitated carbonate will be much less (Rafai et al.  1991,   1992 ; Létolle et al. 
 1992  ) . Kinetic fractionation of  18 O occurs during precipitation, but the fractionation 
factor is unknown (Rafai et al.  1991,   1992 ; Létolle et al.  1992  ) . Létolle et al.  (  1992  )  
and Rafai et al.  (  1992  )  proposed very low  d  18 O for the complex combinations of 
calcium silicates and calcite, the last one formed as a result of reaction of portlandite 
with atmospheric CO 

2
  during the concrete strengthening. As time goes by, calcite 

shows an important shift in  18 O due to the slow diffusion of CO 
2
  in the water-fi lled 

porosity of cement. 
 Macleod et al.  (  1991  )  measured  d  18 O values in calcite growths in damaged concrete. 

Values ranging from +8‰ to +17‰ suggested re-equilibration after or during initial 
precipitation. Iden and Hagelia  (  2003  )  measured fractionation of oxygen isotopes in 
different minerals of concrete structures, such as thaumasite, calcite and calcium 
silicate hydrates. They found high variable  d  18 O values specifi c for the porous reac-
tion zone (available for infl uxes of diverse origins), extending to atmospheric values. 
Oxygen fractionation values have also been measured in gypsum crystals that 
growth in stony materials (e.g. mortars, plasters and rocks). Values of  d  18 O in anhy-
drite and gypsum from marine deposits of a single age generally fall within a fairly 
narrow range (Savin  1980  ) . Vallet et al.  (  2006  )  showed that  d  18 O values are low for 
original sulphur-rich materials (rock pyrite, gypsum plasters and mortars) and that 
gypsum from mortars showed  d  18 O values ranging from +15.8‰ to +20.8‰. 
However,  d  18 O values are lower for gypsum crystals formed as a result of the altera-
tion of materials (sulphated calcite, weathering of pyrite), ranging from +8‰ to 
+16‰. Thus, the use of O stable isotopes shows optimistic future prospects to assess 
the sources of pollutants and the pathways of carrier solutions in the building 
environment.  

    2.4.3.5   Sulphur 

 Sulphur has four stable isotopes:  32 S,  33 S,  34 S and  36 S, with approximate terrestrial abun-
dances of 95.02, 0.75, 4.21 and 0.02%, respectively. The S isotopic fractionations of 
sulphates and sulphites are controlled by reaction kinetics of the H 

2
 O and H 

2
 S exchange, 

although other less abundant species can be important. Anthropogenic emissions of 
gaseous and particulate sulphur compounds come from coal and fuel combustion in 
power plants and refi ning processes of crude oil (Gaffney and Marley  2009  ) . 
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 Sulphur isotopes in the atmosphere show important variations depending on the 
region and time of year. Values of  d  34 S in gaseous and particulate H 

2
 S, SO 

2
  and 

organic S range from −20‰ to +30‰ in the air (Krouse  1980  ) . The fractionation of 
S isotopes should provide a good measure of the extent of SO 

2
  oxidation with dis-

tance from the emission source. Diffusion of SO 
2
  results in a small decrease in  34 S. 

In coal-fi red plumes the oxidation exceed 5% for distances up to 50 km, while in 
oil-fi red plumes, conversions of up to 13% have been found over shorter distances 
(Krouse  1980  ) . 

 In general, when isotopic fractionation is measured in sulphate minerals (e.g. gyp-
sum, anhydrite, thaumasite), the heavier isotope is enriched in the higher oxidation 
state. Thus, under equilibrium conditions sulphate minerals are enriched in the heavy 
isotope relative to disulfi de minerals, which in turn are enriched relative to monosul-
phide minerals (Krouse  1980 ; Seal et al.  2000  ) . Exchange rates also depend on pH 
and temperature. As a rule, high temperature isotopic signals are preserved during 
the cooling process and stable isotopes commonly record environmental conditions 
such as the temperature and the fl uid composition. By contrast, when low tempera-
ture and more basic pH exist, disequilibrium conditions remain (Seal et al.  2000  ) . 

 Attempts to relate the origin of sulphur compounds in building materials to dif-
ferent sources of sulphur oxides have been made by using S stable isotope fraction-
ation (Longinelli and Bartelloni  1978 ; Pye and Schiavon  1989 ; Rösch and Schwarz 
 1993 ; Torfs et al.  1997 ; Nord et al.  2001 ; Klemm and Siedel  2002 ; Iden and Hagelia 
 2003 ; Přikryl et al.  2004 ; Vilela et al.  2005 ; Vallet et al.  2006 ; Hosono et al.  2006 ; 
Schleicher and Recio-Hernández  2010  ) . Such studies have provided valuable 
information about the decay mechanism and pollution sources of sulphur in build-
ing materials. Sulfur isotopes have been the most studied stable isotopes in the 
built environment, a trend that is related to the frequent presence of sulphur in 
decay features. 

 Studies on concrete have shown that one of the causes of decay is sulphate and 
carbonate mineral growth from water fl owing across and through concrete struc-
tures (Pye and Schiavon  1989 ; Macleod et al.  1991  )  as dissolved gaseous carbon 
and sulphates react with portlandite. In addition, gypsum crusts can be formed due 
to the reaction of portlandite with sulphur dioxide from solutions. Studies of S iso-
topes in concrete revealed that thaumasite is due not only to SO 

2
  resulting from to 

air pollution but also to the possible contribution from oxidation of sulphides 
without excluding possible organic contributions (Iden and Hagelia  2003  ) . 

 Several studies of  d  34 S have shown this to be an interesting tracer for the study of 
alteration features such as black crusts in masonry buildings (Longinelli and 
Bartelloni  1978 ; Buzek and Srámek  1985    ; Pye and Schiavon  1989 ; Torfs et al.  1996, 
  1997 ; Siedel  2000 ; Vallet et al.  2006 ; Vilela et al.  2005  ) . Other degradation patterns 
like erosive features have been less investigated. Due to the diffi culties in the charac-
terization of the isotopic signature of sources (that might mix in variable proportions 
in unknown periods of time), Vilela et al.  (  2005  )  essayed the comparison of samples 
of decay features that fi eld studies indicated were related to different sources. These 
authors found differences in the  d  34 S values of sulphates between samples related to 
atmospheric processes and samples related to capillary rising solutions.   
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    2.4.4   Radioactive Isotopes 

 Some light radioactive isotopes are also interesting as tracers, such as occurs with 
 3 H (tritium) and  14 C (radiocarbon). We show below some additional information 
about the sources and migration of pollutants in the building environment. Future 
use of radioactive tracers for the study of the effects of air pollution in building 
materials will be possible due to the increased knowledge on the behaviour of such 
isotopes in the atmosphere and in other geochemical systems. 

    2.4.4.1   Tritium 

 Tritium is a radioactive isotope of H ( 3 H) with a half-life of 12.26 years. All three 
isotopes of H occur naturally in atmospheric H 

2
 . Atmospheric H 

2
  contains tritium in 

very low ratios being often expressed in Tritium Units, TU, where 1 TU corresponds 
to a T/H ratio of 10 −18  (Ehhalt and Rohrer  2009  ) . Tritium is naturally produced due 
to the interaction of cosmic radiation with the atmosphere. However, anthropogenic 
tritium has overshadowed the natural production by orders of magnitude (Happell 
et al.  2004  )  due to release resulting from thermonuclear bombs in the 1950s and 
emissions from the nuclear power industry beginning in the 1970s. Early investiga-
tions of tritium produced during atmospheric nuclear testing suggested that D/H 
ratios of atmospheric H 

2
  in clean air are enriched relative to VSMOW standard by 

approximately 70–180‰ (Rahn et al.  2002  ) . 
 In the early years of research on hydrogen isotopes in the atmosphere, tritium 

was the isotope of major interest, because of its enhanced presence in the atmo-
sphere as a result of anthropogenic emissions (Matsuoka et al.  1994 ; Araguas-
Araguas et al.  2000  ) . Vertical and latitudinal gradients, and variations form 
coastal to continental regions of tritium have been observed and seemed to vary 
year-to-year and with location (Mason  1977 ; Gat  1980 ; Ehhalt and Rohrer  2009  ) . 
Concentrations are higher at higher latitudes, with values lower by a factor of 5 
or so at low-latitude and tropical areas (Athavale et al.  1967 ; Gat  1980  ) . 

 Tritium has been very useful as a water tracer in the hydrologic cycle (Gat  1980  ) . 
 Tritium levels have also been studied in Municipal Solid Waste landfi lls. The 

propensity of tritium to substitute readily the hydrogen in both inorganic and organic 
molecules in waste landfi lls suggests that tritium should also be present in the 
methane and other hydrocarbons found in landfi ll gas (Coleman, et al.  1993  ) . More 
recently, attention has been focused on gaseous tritium lighting devices (used in 
buildings, ships, and aircraft) as likely being responsible of tritium production 
(Mutch et al.  2007  ) . Thus, water migrations in the built environment should be 
traced by measuring tritium in solutions, hygroscopic and hydration water of min-
eral growths and crusts. Tritium geophysics is controlled by the timing, location and 
intensity of exchange of air masses with other atmospheric components such as 
ozone. Thus, it should be a useful tracer to understand wet deposition of atmo-
spheric pollutants on building façades, the rising of underground water in buildings 
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and the different effect and penetration of water within building materials of different 
solubility and porosity. Despite such potential applications, examples of the use of 
tritium as a tracer in the built environment have not been found.  

    2.4.4.2   Radiocarbon 

 The radioactive isotope of carbon  14 C is continuously being produced in the Earth’s 
atmosphere, by nuclear reaction between the secondary cosmic ray neutrons and 
nitrogen. Changes in radiocarbon concentrations in the atmosphere can be attrib-
uted to natural and anthropogenic causes. Anthropogenic sources of gaseous carbon 
can have either a global or a local range. Human activity can lead to an increase as 
well as decrease of  14 C concentration in the environment. After 1945, nuclear weapons 
testing caused increases in the concentrations of radiocarbon in the atmosphere, but 
radiocarbon concentrations have been decreasing since 1963, due to the cessation of 
atmospheric nuclear weapons testing and the transfer of radiocarbon into the deep, 
terrestrial biosphere and dilution by fossil fuel CO 

2
  (Mook  1980 ; Pazdur et al.  2007  ) . 

 Other anthropogenic-related changes of radiocarbon concentration are caused by 
the Suess effect. This is due to the increase of mining and burning of fossil fuels in 
industrial areas since the nineteenth century that caused the emission of  14 C depleted 
CO 

2
  to the atmosphere and changes of carbon isotopic composition in both the 

atmosphere and other carbon reservoirs (Levin and Hesshaimer  2000 ; Pazdur et al .  
 2007 ; Rakowski et al.  2001   ,  2005 ). It is possible to determine the local Suess effect 
in polluted areas (Pawelczyk and Pazdur  2004  ) . It can be assumed that lower values 
of  d  13 C in organic material (e.g. some plants, three rings) are connected with lower 
values of  14 C and with the concentration of CO 

2
  in air at industrial areas. Several 

investigators have tried to establish an atmospheric record of this fraction. The  14 C 
depletion in the fi rst half of the twentieth century has been shown to be larger in 
more polluted areas, due to extra CO 

2
  from the burning of fossil fuels detectable as 

 14 C depletion relative to background levels. Such effect is important in investiga-
tions of the degree of atmosphere contamination, air mass migration, and spread of 
the contamination (Levin and Hesshaimer  2000  ) . 

 Levels of  14 C in atmospheric CO are much higher than in CH 
4
  and CO 

2
 . Thus, CO 

is considered as a very useful tracer of fossil fuel sources, as low  14 C can be mea-
sured in CO in polluted areas (Brenninkmeijer et al.  1999  ) . The  14 CO concentration 
in air is dependent upon both the altitude and latitude due to the cosmogenic pro-
duction of  14 C. Seasonal variations have been observed due to variations of OH − . 
Since CO originated from fossil fuel combustion contains virtually no  14 C,  14 CO is 
a useful tracer for the anthropogenic CO sources and  14 CO has been used to estimate 
the strength of the non-fossil source of CO in urban environments (Conny  1998  ) . 

 Radiocarbon can be a useful tracer to study the effects of pollution sources on 
building materials. However, such kind of studies have not yet performed or consid-
ered. Information on the effect of  14 CO 

2
  on organic materials and minerals, usually 

deposited or formed on building materials can be useful to perform such kind of 
studies. Levels of  14 C measured in dissolved CaCO 

3
  has been used as a tracer in 
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groundwater studies. In addition, it can be used to date neomineralizations such as 
speleothems. Thus, it could be useful as a tracer in building materials containing 
CaCO 

3
  or other carbonates such as calcareous rocks, lime mortars and concrete 

(Mook  1980  ) . Measurements of  14 C in CaCO 
3
  from lime mortars have been per-

formed to date historical buildings (Heinemeier et al.  1997  ) . From such studies 
some information was obtained on the decarbonation/carbonation process due to the 
ageing of the lime mortars.  

    2.4.4.3   Radioactive Isotopes of Heavy Elements 

 The levels and patterns of atmospheric radioactivity are strongly related to the geo-
graphical location. The natural radioactivity observed at a given setting will be 
related to the area of land surrounding the site, the distance to the sea, the varying 
speed and directions of the winds, etc. The interaction of such parameters with 
removal and dilution determine the local radioactive composition of the air (Lockhart 
 1962  ) . The use of radioactive isotopes as tracers of urban pollution for the study of 
building materials decay has not been tried, but the present authors propose that 
they could be useful tracers of these processes. The deposition of such radioactive 
isotopes on the surface of damaged materials could provide interesting information 
on the effect of air pollution on decay. If such approach is considered, it must be 
taken into account that building materials can also contain radioactive isotopes. All 
building materials contain varying amounts of natural radioactive nuclides: materi-
als derived from rock and soil mainly contain natural  40 K and radionuclides of the 
 238 U and  232 Th series (Stojanovska et al.  2010 ; Veiga et al.  2006 ). 

 In terms of natural radioactivity, granite rocks used in buildings exhibit an 
enhanced elemental concentration of uranium (U) and thorium (Th) compared to 
the very low abundance of these elements in other rock types (Tzortzis et al.  2003  ) . 
Lower radiation levels are associated with sedimentary rocks such as sand, gravel, 
gypsum, etc. (Sorantin and Steger  1984 ; Hizem et al.  2005  ) . However, there are 
exceptions like some shale and phosphate rocks, which have relatively high content 
of radionuclides. Some other materials, such as mortars, contain measurable con-
tents of radioactive isotopes of the series of  238 U,  232 Th and  40 K. In the case of the 
 238 U series, the contribution of the radionuclides in the fi rst half of the series between 
 238 U and  232 Th is negligible relative to the second half comprising  226 Ra to  210 Pb 
(Table  2.4 ).  

 Although natural sources of radioactivity in air are important, anthropogenic 
emissions can be decisive in industrialized areas. Nuclear power plants can cause 
light radioactive emissions and other industrial activities provide greater quantities 
of radioactive materials to the air. As coal contains low levels (impurities) of ura-
nium ( 238 U), thorium ( 232 Th) and daughter isotopes (such as radium, radon, polo-
nium, bismuth, and lead) and potassium ( 40 K), the combustion of coal causes the 
release of signifi cant amounts of these isotopes to the air. In fact, the effective radio-
active dose emitted from coal plants is near 100 times that from nuclear plants 
(McBride et al.  1978  ) . Naturally occurring radioactive species released by coal 
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combustion are accumulating in the environment along with particles containing 
Hg, As, Si, Ca, Cl, Al, Fe, Pb, Mg, Ti, B, Cr and other elements that are continually 
dispersed in millions of tons of coal combustion by-products. 

 Some radioactive isotopes have been used as pollution tracers in sediments, as 
radioactive elements precipitate and remain trapped in sediment layers. For exam-
ple, there is a  210 Pb fraction supported by the  226 Ra content in the sediment grain 
structure and another fraction unsupported. This unsupported fraction is due to the 
fact that  222 Rn partially escapes to the atmosphere once is generated by  226 Ra disin-
tegration (Quintana et al.  2006  ) .    

    2.5   Final Considerations 

 Research carried out in the last decades has revealed important information about 
decay of building materials, especially stony materials. Such interest is justifi ed due 
to the importance of the conservation of Heritage Buildings and Monuments, but 
also to solve important degradation problems in modern buildings. Pollutants can 
affect the built environment through a diversity of sources, pathways and mecha-
nisms. In the present chapter, the origin and decay mechanisms of pollutants as well 
as the chemical fi ngerprints that can be used to trace the pollution sources have been 
reviewed. 

 As it has been visible in this review, there are marked interdependences between 
the different pollutants, sources and pathways. Gaseous pollutants show interac-
tions between them in the development of decay processes and infl uence the com-
position of other sources such as dry, occult and wet deposition. Special attention 

   Table 2.4    Main radioactive isotopes of uranium and thorium   

 Uranium series  Thorium series 

 Isotope  Half-life  Decay  Isotope  Half-life  Decay 

  238 U  4.468 × 10 9  years  Alpha   232 Th  1.405 × 10 10  years  Alpha 
  234 Th  24.1 days  Beta   228 Ra  5.75 years  Beta 
  234  Pa  1.17 min  Beta   228 Ac  6.25 h  Beta 
  234 U  2.48 × 10 5  years  Alpha   228 Th  1.9116 years  Alpha 
  230 Th  7.7 × 10 4  years  Alpha   224 Ra  3.6319 days  Alpha 
  226 Ra  1600 years  Alpha   220 Rn  55.6 days  Alpha 
  222 Rn  3.82 days  Alpha   216 Po  0.145 s  Alpha 
  218 Po  3.05 min  Alpha   212 Pb  10.64 h  Beta 
  214 Pb  26.8 min  Beta   212 Bi  60.55 min  Alpha + beta 
  214 Bi  19.8 min  Beta   212 Po  299 nsec  Alpha 
  214 Po  162  m sec  Alpha   208 Tl  3.053 min  Beta 
  210 Pb  22.3 years  Beta   208 Pb  Stable 
  210 Bi  5.01 days  Beta 
  210 Po  138.4 days  Alpha 
  206 Pb  Stable 



100 J. Sanjurjo-Sánchez and C. Alves

was paid to the progress in the matter of atmospheric diffusion and processes in 
urban environments carried out in the last years. Such progress has been possible 
due to intense research but there is some delay in transferring these advances to 
study the degradation of materials. The main achievements in this subject and their 
possible employment in the study of the decay of materials have been reviewed. 

 Particulate matter is an important medium for the transport of pollutants that can 
contribute to the composition of solutions derived from wet deposition. This transport 
mechanism also plays a major role in dry deposition and can lead to high concentra-
tions of pollutants in sheltered portions or in exposed portions during rainless periods. 
In this last case, high concentrations can be built up increasing the pollution effect 
that result when rain episodes occur. 

 In studies focused on the decay of building materials water solutions can be con-
sidered as pollutants and as important agents of transport of pollutants in either 
ionic or solid form into the surface and pore system of materials. Condensation 
promotes chemical reactions especially in sheltered portions contributing to the 
decay action of the gaseous pollutants and particulate matter. Wet deposition plays 
a major role in the source of pollutants in exterior zones. Wet deposition can further 
interact with the built environment trough run-off and infi ltration, and contributes to 
capillary-rising solutions. Run-off and infi ltration solutions become more polluted 
due to contributions coming from building materials and accumulated pollutants 
(especially in the case of longer contact times). Capillary rising solutions can con-
centrate atmospheric deposition (due to water balance conditions) and add pollut-
ants from such diverse sources as natural weathering products and organic waste. 

 Decay processes affecting materials where reviewed in this chapter mostly from 
a qualitative point of view. This knowledge is indispensible for any attempt to 
develop a quantitative assessment of the decay process for durability predictions. 
Some examples of quantitative assessment were mentioned but they are confi ned to 
laboratory or fi eld exposure tests. Questions regarding size and time effects have to 
be considered in the extrapolation to actual built elements. Another relevant factor, 
and one that was ignored in this mostly chemical review, is the way in which the 
design of the built environment (both the morphological features and the spatial 
relations between components) infl uence the action of the pollutants on the materi-
als. A related subject is the potential consequences of the present reduction of levels 
of some gaseous pollutants such as CO 

2
  and SO 

2
  that have been addressed by 

several models but where further empirical studies are required. We propose that the 
regular study of new built elements constitutes a more promising methodology for 
this aim when compared to the study of older built elements where diverse agents 
have left imprinted their effects along decades, centuries or even millennia. 

 Besides the different sources, the chemical composition of solutions in the built 
environment is susceptible to be modifi ed by solubility-related differentiation pro-
cesses. The study of these varied, multi-component and complex systems would 
benefi t of the use of classical geochemical techniques to identify sources of pollu-
tion and characterize the diffusion and distribution of pollutants on the built envi-
ronment. It is proposed that procedures for quantitative assessments of durability 
would be always very limited given not only the variety, but also the unpredictability 
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of actual conditions. Qualitative modelling approaches (for general considerations 
on qualitative modelling on the Earth Sciences see Pilkey and Pilkey-Jarvis  2007  )  
that take into account the diverse factors are reviewed here. The diverse aspects of 
the design of built elements and fi eld assessments of previous performances would 
be the best way to make predictions on the usability of a given material under a 
given scope of exposition conditions. 

 This review also aimed to update the existing knowledge in this fi eld for future 
application in studies of the deterioration of building materials due to pollution. It is 
important to identify the pollution sources that actually affect a given building 
element, both to understand the decay processes and to plan the intervention proce-
dures. Different tracers has been considered in order to attribute the damage on 
building materials to sources such as dry and wet deposition, groundwater or the 
same (or other) building materials, and to elucidate if damaging atmospheric pollut-
ants are generated by distant industrial gaseous and particulate emissions or nearby 
sources. This is important as urban planning could contribute to prevent deteriora-
tion problems in buildings derived from different air pollution sources. 

 Atmospheric particulate materials, minor gaseous compounds and ions in solu-
tion can be used as tracers. The analysis of trace elements on some damaged materi-
als has provided valuable information just in some cases. However, in the last years 
the use of some stable isotopes has been especially successful in geochemistry and 
atmospheric sciences, and we reported here the main achievements of its use in the 
matter of circulation of solutions, interaction with minerals and damage on building 
materials. Stable isotopes of some light elements such as C, O and S have been used 
to understand the diffusion on pollutants in air, solutions and decay of building 
materials. Although other stable isotopes of light elements have been studied (e.g. 
H, N), there is a great scarcity of data concerning building materials but it is pro-
posed that these isotopes have a great potential for the fringerprinting of pollution 
sources. In this review were also proposed some radioactive isotopes that have been 
very useful in the study of pollutants cycles in air and water in other fi elds (e.g. 
deposition on sediments) and that might have promising applications in the study of 
the damage of building materials. In particular, tritium, radiocarbon and radioactive 
isotopes of heavy elements (e.g. U, Th and K) have potential application as tracers 
of pollution and damage on the building environment.      
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  Abstract   Air quality has deteriorated constantly due to the rapid proliferation of 
fi ne-chemical and manufacturing industries, in addition to synchronized urbaniza-
tion. Air pollution is an issue of sensible concern due to the serious implications on 
health and environment. The contaminants present in industrial waste-gases should 
either be destroyed or removed from an exhaust vent before it is emitted into the 
atmosphere by a particular process industry. Traditional waste-gas treatment sys-
tems, based on physico-chemical processes for pollutant removal, exhibits high 
energy costs, expend more chemicals, and produces more wastes. These systems 
have proved to be economical only when the waste-stream contains high concentra-
tions of pollutants, which can either be recovered or destroyed completely. The use 
of well-adapted microorganisms to decontaminante the pollutants present in waste-
gases, by maintaining them in suitable bioreactor confi gurations, can eliminate the 
drawbacks of classical physico-chemical techniques. 

 In recent years, biological waste-gas treatment systems have been successfully 
used in a wide variety of process industries, particularly when the exhaust gas-stream 
contains low concentrations of pollutant at high gas-fl ow rates. Biological waste-gas 
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treatment systems are versatile in handling a wide variety of air  emissions, comprising 
both individual and mixture of pollutants, from petrochemical, semi-conductor, paint 
and varnish production facilities, pharmaceutical and paper and pulp industry, among 
others. The different bioprocesses that are commonly used for air pollution control are 
the biofi lters, biotrickling fi lters and bioscrubbers. However, recent scientifi c advances 
and technical discoveries have led to the development of novel bioreactor confi gura-
tions that have shown to be successful and promising for treating air toxics with high 
removal effi ciencies. We reviewed the operational details and performance of novel 
bioreactor confi gurations such as continuous suspended-growth bioreactors, monolith 
bioreactors, two-liquid-phase biotrickling fi lters, air-lift bioreactors, fl uidized-bed 
bioreactors, and foam-emulsion bioreactors. Though all these bioreactors have not 
been examined at the industrial level for operational/practical constraints, they have 
shown to effectively handle a wide range of hydrophilic and hydrophobic air pollut-
ants, when investigated at the lab-scale level for steady and transient-state perfor-
mance. Closely looking at their advantages, we observed that all these novel bioreactors 
were designed to overcome some operational limitations,  viz.,  fl ow resistance/pres-
sure drop, oxygen depletion and mass transfer problems for sparingly soluble pollut-
ants, frequently encountered in conventional biological treatment systems.  
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   List of Abbreviations 

  AGB    Acid gas biofi lter   
  BTEX    Benzene toluene, ethyl benzene and xylene   
  CAAA    Clean air act amendments   
  CSGR    Continuous suspended growth reactor   
  CSTB    Continuous stirred tank bioreactor   
  CSTR    Continuous stirred tank reactor   
  DMS    Dimethyl sulphide   
  EBRT    Empty bed residence time   
  EC    Elimination capacity   
  HAPs    Hazardous air pollutants   
  ILR    Inlet loading rate   
  MEK    Methyl ethyl ketone   
  MIBK    Methyl isobutyl ketone   
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  PEG    Poly ethylene glycol   
  POTW    Public owned treatment work   
  PVA    Poly vinyl alcohol   
  RE    Removal effi ciency   
  TCE    Trichloro ethylene   
  USEPA    United States Environmental Protection Agency   
  VICs    Volatile inorganic compounds   
  VOCs    Volatile organic compounds         

    3.1   Introduction 

    3.1.1   Background Information on Air Pollution 

 Ambient air is the most important natural resource and its availability in adequate 
quantity and quality is essential to all forms of life. Though air pollution from natu-
ral sources is known, it is the anthropogenic sources particularly combustion which 
have attracted more attention. Ambient air pollutants may include gases or particu-
late matter, which are small particles of dust, smoke, ash, pollen, or other substances 
(Kennes and Veiga  2001  ) . Many air pollutants have been found to be harmful to 
both the environment and human health. The ecosphere continues to be challenged 
by the increasing amount and variability of toxic contaminants that are emitted by 
industrial activities. Such environmental contaminants are becoming more widespread 
as the pace of industrial activity accelerates, especially in developing countries, and 
also as a consequence of the diffi culties in restricting the emissions of industrial 
activities from cross national boundaries (Daugulis  2001  ) . However, with the 
increasing development of synthetic chemicals, particularly the petrochemicals, a 
new class of air pollutants, the Hazardous Air Pollutants (HAPs) have become a 
matter of concern in recent years. In general, air pollution control strategies and 
regulations have focused on the acute effects of air pollutants. In the past 50 years, 
however advances in medical and environmental sciences have led to better under-
standing of other deleterious effects of air pollutants. 

 Among these, the environmental and health effects of Volatile Organic 
Compounds (VOCs), and Volatile Inorganic Compounds (VICs) have resulted in 
increasingly stringent national and regional regulations. Volatile Organic 
Compounds are defi ned as “any compound of carbon, excluding CO, CO 

2
 , car-

bonic acid, metallic carbides or carbonates, which participates in atmospheric pho-
tochemical reactions” (Nuñez  1998  ) . The inorganic gases are called volatile 
inorganic compounds, and this includes inorganic gases such as hydrogen sulphide 
(H 

2
 S), sulphur dioxide (SO 

2
 ), carbon disulphide (CS 

2
 ), and ammonia (NH 

3
 ). The 

Clean Air Act Amendments of 1990 (CAAA-90), proposed by the United States 
Environmental Protection Agency (US-EPA), has identifi ed a list of 188 Hazardous 
Air Pollutants (HAPs), which includes VOCs and VICs. This list includes, 82 
VOCs that have a vapor pressure ranging from 0.1 to 308 mmHg at 25°C. Since 
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then, several conferences such as New York (1997) and Kyoto (1998) highlighted 
the infl uence of anthropogenic VOC emissions on the environment and the climate 
imbalance (Darracq et al.  2010  ) .  

    3.1.2   Waste-Gas Treatment Methods 

    3.1.2.1   Physico-Chemical Methods 

 The most commonly used physico-chemical air pollution control processes for 
removing pollutants present in a waste-gas stream are broadly classifi ed into two 
types: destructive and recovery based. These collectively include processes such as 
absorption, adsorption, thermal and catalytic combustion, condensation, ozonation, 
chlorination, photo-catalytic oxidation and membrane separation. In general, both 
the amount and type of gas-phase pollutants to be treated are likely to have an effect 
on system confi guration and its applicability. The greater the variability of sub-
stances to be controlled, the greater the limitation placed upon the selection process 
(Kennes and Veiga  2001  ) . The economic feasibility of a process is generally decided 
by the fl ow rate, concentration, composition and type of waste-gas mixture to be 
treated. However the reduction mechanism in these processes may reduce the qual-
ity of the product or may yield products that require further treatment before ulti-
mate discharge into the atmosphere (Khan and Ghoshal  2000  ) . The disadvantages 
of these physico-chemical methods are their high-energy costs, as in the case of 
incinerators, the use of chemicals, which can be costly to purchase or dispose of and 
require operational safety procedures, in the case of chemical scrubbers, and the 
production of waste products, such as spent chemicals or spent activated carbon 
(van Groenestijn and Kraakman  2005  ) .  

    3.1.2.2   Biological Methods 

 Biodegradation of organic and inorganic gas-phase pollutants has always been a 
promising and comprehendible technique for waste-gas treatment. In a fi xed-bed 
system, such as a biofi lter, the contaminants present in the waste-gas are transferred 
to the interface of the gas and biofi lm that is attached to the bed packing material, 
where they may be absorbed into the biofi lm. The dissolved contaminant in the 
liquid-phase (biofi lm phase) is then utilized by the active microbial consortium as 
carbon and energy sources, converting the pollutants to carbon dioxide, water and 
other end-products (Kennes and Thalasso  1998 ; Kennes and Veiga  2001 ; Kennes 
et al.  2009a,   b  ) . The major advantages of biological methods are that they are rather 
inexpensive, reliable and environmentally compatible. Furthermore the pollutants 
are not merely transferred from one phase to another; instead they are completely 
mineralized to simple end products such as carbon dioxide and water. The extent to 
which biological waste-gas purifi cation can occur is primarily determined by the 
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physical and chemical properties of the pollutant(s), microbial physiology and ecology 
and other suitable environmental conditions. 

 A biological treatment system extends a new unconventional choice for the treat-
ment of polluted gases, although it has already sporadically been used since the 1920s 
to remove malodorous compounds from sewage treatment plants (Ottengraf and Diks 
 1991 ; van Groenestijn and Hesselink  1993  ) . From the European perspective, Germany 
and The Netherlands were the fi rst countries to conduct on-fi eld trials and implement 
biological methods for waste-gas treatment in practical situations (Leson and Winer 
 1991 ; Dragt and van Ham  1992  ) . In the past few decades biological treatment tech-
niques have acquired appreciable interest as they have proven to be competitive alter-
natives to physico-chemical methods, particularly for organic vapors in air streams at 
low concentrations and high fl ow rates. In the 1980s, the biofi ltration market grew 
rapidly, and the 1980s and 1990s were the golden era of research and development on 
biological waste-gas treatment in Europe (van Groenestijn and Kraakman  2005  ) . 

 A novel bioreactor can be defi ned as a new reactor confi guration that has unique 
and improved performance characteristics compared to the existing bioreactor 
designs, and that will play a vital role in decontaminating/mineralizing the pollutants 
present in waste-gases in an economic and eco-friendly manner. Recent develop-
ments in bioreactor design have attempted to address some of the limitations of exist-
ing bioreactors. However, further progress in innovative bioreactor design remains a 
high priority, among others for environmental bioreactors, for increasing oxygen and 
pollutant transfer from the gas-phase to the microorganisms (Dumont et al.  2006  ) , or 
to reduce pressure drop and clogging problems in packed bed bioreactors.    

    3.2   Physico-Chemical Processes for Waste-Gas Treatment 

 A large number of physico-chemical based treatment options exist for industrial 
waste-gases, which are primarily chosen depending on the type and composition of 
the pollutant present in it. The most prominent methods, pertaining to industrial 
application,  viz.,  absorption, adsorption, condensation, ozonation and photo-catalytic 
oxidation, are discussed in this section. 

    3.2.1   Absorption 

 Absorption is a diffusional mass transfer operation by which soluble gaseous pollut-
ants are removed by direct dissolution in a solvent liquid. The driving force for mass 
transfer is the concentration difference of the solute between the gaseous and liquid-
phases. This process for waste-gas treatment uses water or low volatile organic liq-
uids as the absorbing liquid (Schnelle and Brown  2002  ) . According to Chungsiriporn 
et al.  (  2005  ) , the most commonly used reactor confi gurations are packed and plate 
columns, open spray chambers and towers, cyclonic spray chambers and combina-
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tions of spray and packed chambers. For VOC treatment in wet-scrubbers, oxidizing 
chemicals, such as potassium permanganate (KMnO 

4
 ), chlorine (Cl 

2
 ) and sodium 

hypochlorite (NaOCl) have been used. The addition of a strong oxidizing reagent, 
like sodium hypochlorite in the scrubbing has shown to act both as conveyors and 
as oxidizers for the treatment of gas-phase VOCs. Chungsiriporn et al.  (  2005  )  stud-
ied toluene removal by oxidation with sodium hypochlorite in a spray-type wet-
scrubber. The process parameters studied were gas-phase toluene concentration, 
gas-fl ow rate and sodium hypochlorite solution fl ow rate, sodium hypochlorite con-
centration, and oxidant drop size. It was observed that, an increase in sodium 
hypochlorite solution concentration, fl ow rate, and toluene concentration with low 
gas-fl ow rate ( i.e.,  high residence time) and smaller drop size in the spray scrubber 
improved the overall toluene removal effi ciency, and a maximum removal effi ciency 
of 85% was reported. 

 An absorption system can be designed to handle a capacity of 1–5 m 3 /s, and VOCs 
concentrations ranging from 500 to 5,000 ppm 

v
 , with removal effi ciencies (REs) as 

high as 98% (William and Lead  1997  ) . The effectiveness of these equipments requires 
the selection of an appropriate scrubbing liquid. Inorganic gases such as SO 

2
 , NH 

3
 , H 

2
 S 

and water soluble VOCs have been removed by this technique (Calvert and Englund 
 1984  ) . Absorption involves high investment, large area and high operation costs.  

    3.2.2   Adsorption 

 Adsorption is a surface phenomenon in which the gaseous contaminant mixture is 
brought into contact with a suitable solid adsorbent. This technique is widely used 
to de-pollute waste-gas streams containing odors, VOCs and other trace pollutants. 
Generally, this process is classifi ed as physical adsorption or chemisorption based 
on the interactions between the adsorbate and adsorbent. For VOC control, physical 
adsorption has been found to play a more signifi cant role than chemisorption. It is 
reported to occur when organic molecules are held on the surfaces and in the pores 
of the adsorbent by weak van der Waals forces of attraction, characterized by low 
heat of adsorption and by the fact that adsorption equilibrium is reversible (Ruthven 
 1984  ) . The traditional and advanced adsorption techniques can be classifi ed as fol-
lows; (i) temperature-swing adsorption, (ii) pressure-swing adsorption, (iii) tapered 
pressure-swing adsorption, (iv) layered bed pressure-swing adsorption, (v) thermally 
coupled pressure-swing adsorption, (vi) vacuum-swing adsorption, and (vii) simulated 
moving-bed adsorption. The process fundamentals and the dynamics of pollutant 
removal and recovery effi ciencies achieved in the above-mentioned techniques are 
given elsewhere (Ghoshal and Manjare  2002  ) . 

 In waste-gas treatment, the commonly used adsorbent is activated carbon (Kennes 
and Veiga  2001  ) . The adsorption capacity of a typical activated carbon process for a 
given VOC is represented by an adsorption isotherm for the amount of VOC adsorbed 
at constant temperature. After achieving the breakthrough, the pollutant should be 
released (desorption) from the surface to reuse the carbon, which is commonly done 
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with steam. A typical activated carbon based VOC removal plant (solvent recovery) 
is shown in Fig.  3.1 . The waste-gas passes through a bed of activated carbon, where 
the pollutant is physically attracted and held to the surface of the carbon molecules. 
Clean air is then vented out to the atmosphere. When all the available surfaces of the 
carbon pores are occupied, it will not capture any additional pollutant,  i.e.,  the VOC 
present in the waste-gas. For recovering the solvent, for reuse, the most common 
procedure followed is desorption with steam. The hotter the carbon, the less solvent 
it can hold, so as the steam heats the carbon, solvent is released and fl ushed away by 
the steam. This mixture of steam and solvent is condensed by cooling and then sepa-
rated in the simplest case by gravity decanting. Regeneration of carbon can be done 
on –or/off site, depending upon the process condition and local utilities. Moisture 
content, retention ability, pressure, concentration, type of adsorbent and desorption 
method used are some of the critical parameters that decides the effi ciency of an 
adsorption process (Khan and Ghoshal  2000  ) . Hydrophobic zeolites are now being 
considered as an alternative adsorbent since it has good thermal stability and hydro-
phobicity (Blocki  1993 ; Tsai et al.  1996  ) . Many odorous organic compounds such as 
acetone, benzene, toluene, xylenes, trichloroethylene, hydrogen sulphide, mercap-
tans, sulphur dioxide, etc. have been successfully removed by this technique 
(Engleman  2000 ; Hamdi et al.  2004 ; Bagreev et al.  2005  ) . Though adsorption based 
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  Fig. 3.1    Typical activated carbon-based waste-gas purifi cation system; steam is not fed continuously, 
but only for the regeneration cycle. For practical applications, chemically impregnated activated car-
bons are used to control inorganic pollutants such as hydrogen sulfi de, mercury, and radon. This 
process is particularly effective for compounds (pollutants in gas-phase) that have higher molecular 
weight and high boiling points       
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techniques have been implemented for some gas/vapor purifi cation systems, it is still 
associated with several limitations, such as; (i) high initial costs, (ii) diffi culty in 
maintenance of the complicated setup, (iii) high mechanical energy for pressuriza-
tion, and (iv) desorbate recovered at very low purity.   

    3.2.3   Condensation 

 Condensation, refrigeration, and cryogenic systems are recovery based techniques 
that are used to remove the organic vapors, mostly VOCs, present in waste-gases, by 
condensing them onto a colder surface. Cryogenic condensation is a cost-effective 
technology for controlling emissions of VOCs from chemical processing facilities, 
only under certain conditions. These extremely cold conditions can be created by 
passing cold water through an indirect heat exchanger, by spraying cold liquid into 
an open chamber with the gas stream, by using a Freon –based refrigerant to create 
very cold coils, or by injecting cryogenic gases such as liquid nitrogen into the gas 
stream. The concentration of VOCs is reduced to the level equivalent to the vapor 
pressures of the compounds at the operating temperature. Condensation and refrig-
eration systems are usually used for high concentration, low gas-fl ow rate sources. 
Typical applications include gasoline loading terminals and chemical reaction ves-
sels. Besides, they have proved to be more effi cient for VOCs having a boiling point 
above 40°C, at waste-gas concentrations greater than 5,000 ppm 

v
 . Low boiling-point 

pollutants can require extensive cooling or pressurization which could increase the 
operating costs (Khan and Ghoshal  2000  ) . The removal effi ciencies attainable with 
this approach depend strongly on the outlet gas temperature. For cold-water-based 
condensation systems, the outlet gas temperature is usually in the 4–10°C range, 
and the typical VOC removal effi ciencies are in the 90–99% range depending on the 
vapor pressures of the specifi c compounds. For refrigerant and cryogenic systems, 
the removal effi ciencies can be considerably above 99% due to the extremely low 
vapor pressures of essentially all VOC compounds at the very low operating tem-
peratures of −50°C to less than −130°C. To avoid explosion hazards the condensing 
unit should be adequately enclosed and provided with inert gas blanketing that 
increases the overall equipment, operating and maintenance costs. This would 
require rigorous maintenance and skilled labours to handle the unit effectively.  

    3.2.4   Ozonation 

 Ozone is preferred for many oxidation processes owing to its high reactivity in both 
aqueous and gaseous phase. This is mainly attributed to the electronic confi guration 
and resonance structure. Though at present there are many studies on the oxidation 
of pollutants in aqueous environment using direct ozonation (Corless et al.  1990 ; 
Xiong and Graham  1992  ) , the studies in gas-phase are scarce (Shen and Ku  2002 ; 
Pengyi et al.  2003  ) . Direct ozonation is not practiced in industrial situations owing 
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to the high cost involved in producing ozone and possible transformation of the 
target pollutant into toxic intermediates.  

    3.2.5   Photo-Oxidation 

 Photo-oxidation is a promising method for the complete mineralization of organic 
compounds present in aqueous phase. In recent years, the application of this tech-
nology has been extended to waste-gas treatment, as demonstrated by Blystone 
et al.  (  1993  )  and Bhowmick and Semmens  (  1994  ) . The application of ultraviolet 
(UV) photo-oxidation to remove gas-phase pollutants was studied in detail by Wang 
and Ray  (  2000  ) . The following reasons were cited as the major driving force to use 
this technology for waste-gas treatment (Wang and Ray  2000  ) ; (i) lower UV absorp-
tion by air than water, (ii) higher mobility of dissociated species which prevents the 
reverse process of recombination of the radicals, (iii) higher UV-absorbance of the 
organics in the gas-phase compared to that in the liquid-phase, (iv) presence of 
excess oxygen in the gas-phase promotes oxidation by producing reactive species 
such as ozone, and (v) absence of scavengers such as bicarbonate and carbonate 
ions. In certain cases, UV oxidation process has been found to be more cost-effective 
than activated carbon-based adsorption process, as demonstrated by McGregor 
et al.  (  1988  ) . 

 Recently, the photo-oxidation of VOCs, mainly maize derivatives, was investigated 
by Domeño et al.  (  2010  ) , and the performance of photo-oxidation, chemical oxidation 
by hypo-chlorite and ozonation was tested. As shown in Fig.  3.2 , the waste-gas from 
the industrial stack fi rst enters a cyclonic heat exchanger, where some of the vapor 
from the gas condenses, small particulates are removed, and the temperature of the gas 
decreases. The gas from this stage then passes to the second section, where organic 
compounds contained in the gas are oxidized in a cylindrical chamber into which 
oxygen radicals and ozone, produced from the ambient air in the photo-oxidation 
module (at 254 and 185 nm), are continuously injected. It has been suggested that the 
ratio of emission to fresh air fl ow should be maintained at about 4:1. The following 
dimensions are suggested for these reactors; oxidation chamber−3 × 0.4 × 0.4 m, 
photo-oxidation module-2 × 0.7 × 0.7 m, with 64 lamps having a maximum power 
input of 1.4 kW. The ideal waste-gas contact time should be less than 10 s.   

    3.2.6   Photo-Catalytic Oxidation 

 The destruction of VOCs by photo-catalytic means is one of the emerging purifi ca-
tion techniques for both wastewater and waste air, due to its versatility and high 
effectiveness at low temperatures. Heterogeneous photocatalysis is a process that is 
based on the photonic excitation of a catalyst (mostly TiO 

2
 ) at the appropriate wave-

length of an incident UV light. In general, organic compounds have a redox  potential 
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at higher energy than the valence band edge of common semiconductor oxides and 
therefore can act as an electron donor yielding a radical cation, which can further 
react with H 

2
 O or O 

2
 . The chemistry occurring at the surface of a photo excited 

semiconductor is based on the radical formed from O 
2
 , H 

2
 O and electron rich organic 

compounds. A general schematic of the mechanism of photocatalytic oxidation is 
illustrated in Fig.  3.3 . Photocatalysis over TiO 

2
 , a semiconductor oxide, is initiated 

by the absorption of photon with energy equal to or greater than the band gap of the 
semiconductor (3.2 e.V. for TiO 

2
 ), producing electron-hole (e − /h + ) pairs. The photo-

generated hole and electron pair move about freely on the crystal lattice, and they 
tend to recombine dissipating heat energy or reach the surface of catalyst to react 
with adsorbed species. If these charge carriers can be separated from each other, 
they can be used for oxidation or reduction of the gas-phase pollutants. The water 
molecules,  i.e.,  humidity, are reduced to hydroxyl radical (OH − ), and at the reducing 
site, the photo-generated electrons mainly react with molecular oxygen forming 
super oxide (O  

2
  −  ). This in turn undergoes successive reactions to form hydroxyl 

radicals. The hydroxyl radicals (OH − ) drive the chemical reaction by attacking oxi-
dizable contaminants, producing a progressive breaking of molecules yielding CO 

2
 , 

H 
2
 O, mineral acids and other end-products. While the overall stoichiometry of most 
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  Fig. 3.2    Schematic of photo-oxidation plant to treat volatile organic compounds and odors; photo-
oxidation techniques would be more cost effective for the treatment of low levels of volatile organic 
compounds in waste-gases that arise from air stripping of organics from the aqueous phase       
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mineralization appears to be understood, details of the complex mechanism involved 
are still unclear. This mechanism primarily depends on the characteristics of irradia-
tion, mass of photocatalyst and concentration of the reactants (Pichat  2003  ) .  

 Most of the recent studies on the removal of VOCs have chosen TiO 
2
  as the cata-

lyst for the following reasons: (i) inexpensive and easy availability (ii) operation at 
room temperature and pressure and (iii) effective degradation of VOCs into CO 

2
  and 

H 
2
 O (Lichtin and Sadeghi  1998 ; Jeong et al.  2004 ; Xie et al.  2004  ) . Moreover recent 

studies have shown better removal of VOCs by a combined O 
3
 /TiO 

2
 /UV process, as 

excess ozone molecules could scavenge hydroxyl radicals produced from the exci-
tation of TiO 

2
  by UV radiation (Shen and Ku  2002 ; Pengyi et al.  2003  ) . Large scale 

installations for air purifi cation by TiO 
2
  photocatalysis have been built by Trojan 

Technologies in North America and by the United Technologies of Connecticut (as 
reported by Pichat  2003  ) . These systems were designed to strip hydrocarbons from 
the soil (or) groundwater and photo-catalytically irradiate (treat) them to acceptable 
limits. However because of the poor yield of photon utilization, the treatment of 
gaseous VOCs may require reactor sizes that are prohibitive in some cases. Though 
this technique has been reported to be simple, robust and fl exible, its operating cost 
arises mainly from the UV lamps and the corresponding electrical consumptions. 
For these reasons, photocatalytic oxidation processes appear to be an insignifi cant 
option while designing/deciding appropriate VOC control techniques for process 
industries.  

  Fig. 3.3    Schematic of the mechanism involved in photocatalytic oxidation; TiO 
2
  has been used as 

the catalyst to suit a wide range of industrial applications, including water treatment. In recent 
years, photocatalytic detoxifi cation of volatile organic compounds is generally more effi cient in 
the gas-phase than in aqueous phase       
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    3.2.7   Thermal and Catalytic Oxidation 

    3.2.7.1   Thermal Oxidation 

 The process equipment essentially consists of a chambered unit, equipped with a 
propane or natural gas burner and a stack. The organic compounds present in the 
waste-gas are burned out completely with the evolution of heat. But unless the quan-
tity of VOCs present is very large, additional energy is required to raise the VOC to 
the temperature required for complete destruction, which is supplied by an auxiliary 
fuel such as natural gas. Typical conditions for thermal oxidation are as follows; 
(i) 725–825°C in the combustion chamber and (ii) retention time of 0.5–1 s. The 
typical values for heat of combustion for benzene, toluene and xylene (BTX) are 
4.1 × 10 7 , 4.2 × 10 7 , and 4.2 × 10 7  J/kg respectively. Flaring can be done to control a 
wide variety of fl ammable VOCs (Schnelle and Brown  2002  ) , but cannot be used 
for dilute VOC streams, less than about 200 BTU/scf without supplemental fuel. 
A typical thermal oxidation system (fume incinerator) can handle a capacity of 
0.02–5 m 3 /min and VOC concentration ranging from 100 to 2,000 ppm 

v
 . 

 Modern thermal oxidizers can achieve a RE of 90–98%, irrespective of the 
VOCs. In general, for thermal oxidizers to be economically acceptable, some form 
of heat recovery system must be used. The two basic types of heat exchangers 
namely recuperative or shell and tube type and the regenerative or ceramic bed type 
exchangers are commonly used (Donley and Lewandowski  1996  ) . But this technique 
is a costly disposal method to treat low concentrations of organics contained in 
process exhausts (Khan and Ghoshal  2000  ) . Some VOCs like halogenated and 
chlorinated VOCs would require additional downstream control equipments.  

    3.2.7.2   Catalytic Oxidation 

 Catalytic oxidation allows relatively lower process temperatures (200–500°C) with 
Pt, Pd, Rh, CuO 

2
 , MnO 

2
  etc., as the catalyst depending on the gaseous pollutants 

present. Moreover complete mixing of O 
2
  and VOC is needed for chemical oxidation 

to occur, which is normally accomplished by ensuring high turbulence (large 
Reynolds number) within the oxidizer. Plasma Catalytic (Francke et al.  2000  )  and 
non-thermal plasma processing (Oda  2003  )  are the recently introduced developments 
in this fi eld.    

    3.3   Biological Processes for Waste-Gas Treatment 

 The implementation and use of biological techniques for VOC removal at indus-
trial scale is currently growing exponentially. The most commonly used biological 
waste-gas treatment techniques include bioreactor confi gurations such as the 
biotrickling fi lter, bioscrubber and biofi lter. Though the mode of operation for all 
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these  confi gurations is very similar, they are distinguished by the behavior of the 
liquid-phase (continuously moving or stationary) and by the location of the micro-
organisms (freely dispersed or immobilized). However while choosing an appro-
priate treatment technique, focus is placed on the operational and control 
requirements needed to ensure an optimal chemical and physical environment for 
mass transfer and biodegradation of the pollutant in order to achieve high removal 
effi ciencies (Kennes and Thalasso  1998 ; Waweru et al.  2000  ) . Moreover microor-
ganisms require a steady supply of organic material as a carbon source and O 

2
  as 

terminal electron acceptor for aerobic metabolism of the contaminant. Generally 
the pollutant is fed as the sole energy and carbon source to the microbes, where 
complete  mineralization leads to the formation of CO 

2
 , H 

2
 O, biomass and some 

amount of heat. This is given by;

    

Micro organisms

2 2 2

Innocuous End products

Organic pollutant + O CO H O + Heat + Biomass

(Substrate) (Electron acceptor) (Exothermicity) (Residue) )

® +�����

   
(3.1)

   

 Depending on the nature of the pollutant, other end products can also be pro-
duced. For example: during the biodegradation of dichloromethane, HCl may appear 
as one of the end-products. However this reaction ( 3.1 ) does not take place as simple 
as illustrated here, instead involves elaborate degradation pathways at controlled 
pH, temperature and other necessary conditions. 

    3.3.1   Performance Indicators 

 The performance of biological waste-gas treatment systems can be described with 
the parameters defi ned hereafter; 
 Volumetric Loading Rate:
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 Removal Effi ciency:
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S    
(3.5)

   

 where, Q is the gas-fl ow rate (m 3 /h), V is the volume of the fi lter bed (m 3 ) and S 
in
  

and S 
out

  are, respectively, the inlet and outlet pollutant concentrations (g/m 3 ).  

    3.3.2   Biotrickling Filters 

 In biotrickling fi lters, the pollutant laden waste stream is passed over a microbial 
consortium immobilized on a support material having high surface area (Fig.  3.4 ). 
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  Fig. 3.4    Schematic of a biotrickling fi lter; for industrial applications, it has been reported that an 
existing full-scale chemical scrubber was converted to a biological trickling fi lter for the removal 
of hydrogen sulphide (H 

2
 S), at gas contact times as low as 1.6 s       
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The process of gas absorption, liquid-phase regeneration and subsequent degradation 
occurs simultaneously in one process apparatus. A continuous stream of re-circulating 
water containing essential nutrients for microbial growth is distributed over the fi lter 
bed; this water fl ows down as a thin fi lm and wets the bio-layer. The waste-gas 
stream passes through the trickling biofi lter, either co-or countercurrent to the liquid-
phase and supplies the essential carbon source for microbes.  

 Factors affecting pollutant removal are; (i) composition and concentration of the 
waste-gas stream, (ii) structural confi guration of the packing material, (iii) fl ow pat-
tern, (iv) nutrient composition, (v) residence times, (vi) pH, and (vii) temperature 
(Chou and Wu  1999  ) . Typical packing are made of inert materials such as ceramic 
or plastic structures, activated carbon, pall rings, celite or mixtures of materials 
(Pedersen and Arvin  1999 ; Shinabe et al.  1995 ; Weber and Hartmans  1996 ; Kennes 
and Thalasso  1998 ; Jin et al.  2005 ; Bailón et al.  2009 ; Rene et al.  2010a  ) . 

 Biotrickling fi lters have been used successfully to treat compounds that produce 
acidic or alkaline metabolites such as halogenated hydrocarbons, H 

2
 S, NH 

3
  and 

dichloromethane (Jin et al.  2005 ; Bailón et al.  2009 ; Rene et al.  2010b  ) . The metab-
olites generated from microbial degradation can easily be removed by the re-
circulating liquid stream. In addition, they are able to withstand high pollutant 
loadings due to higher internal biomass concentrations (Kennes et al.  2009a,   b  ) . 

 The main drawback of this system is the problem associated with mass transfer, 
especially for compounds that are hydrophobic. Still, they can be effective in the 
treatment of gaseous compounds with an air/water partition coeffi cient of less than 
0.1 (Kennes and Thalasso  1998  ) . The other drawbacks include channeling, and the 
accumulation of excess biomass, among others (Sorial et al.  1993 ; Smith et al.  1998 ; 
Kennes and Thalasso  1998  ) .  

    3.3.3   Bioscrubbers 

 A typical bioscrubber consists of two units, as illustrated in Fig.  3.5 . The fi rst part 
is an absorption tower where pollutants are absorbed in a liquid-phase followed by 
biodegradation in a bioreactor. This bioreactor contains suspended activated sludge 
which is suffi ciently aerated and much larger than the absorber. The effl uent of this 
bioreactor is then recirculated over the absorption tower in a co-or counter-current 
mode to the fl ow of waste-gas. Microbial activity is enhanced by adding suffi cient 
nutrients in the reactor. This makes them fl exible to handle fl uctuating loads of 
waste-gas streams (van Groenestijn and Hesselink  1993 ; van Groenestijn  2001 ; 
Kennes et al.  2009a  ) . The main advantages of this technique are (i) better removal 
of reaction products by washing out (ii) no clogging problem and (iii) low occurrence 
of toxic metabolites in water phase.  

 Typical volatile compounds that have been removed in this system include; phe-
nol, NH 

3
 , methanol, isopropyl alcohol, acetone, heptane and H 

2
 S (Whaley et al. 

 1998 ; van Groenestijn  2001  ) . However, this technique is only effective for pollut-
ants having partition coeffi cient values less than 0.01 (Kok  1992  ) . The mass transfer 
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resistance of pollutant from gas-phase to water phase poses a major problem for 
VOCs like benzene, toluene, ethylbenzene and xylene (BTEX). The energy con-
sumption is high due to continuous liquid recycle and extra aeration which increases 
the operating costs. Moreover there are suffi cient chances for the slowest growing 
microbial community to get washed out resulting in lesser removal of the target 
contaminant. 

 A wide range of organic and inorganic compounds have been treated in bioscrub-
bers, reaching high removal effi ciencies. The most successful removal occurs for 
low molecular weight and highly water soluble organic compounds. Organic com-
pounds such as alcohols, aldehydes and some simple aromatics have demonstrated 
excellent biodegradability (Kennes and Thalasso  1998 ; Devinny et al.  1999 ; Kennes 
and Veiga  2001 ; Kennes et al.  2009a,   b  ) . Whaley et al.  (  1998  )  treated isopropyl 
alcohol, acetone and heptane in a pilot scale bioscrubber in a concentration range of 
200–500 mg/m 3  and observed RE greater than 99%, 2 weeks after startup. Schippert 
 (  1986  )  investigated the removal of mixtures of butyl glycols,  n- butanol, ethyl gly-
col, isobutanol, xylene and methyl isobutyl ketone (MIBK) and showed that xylene 
and MIBK were poorly removed (70%), compared to other VOCs (99%) in bio-
scrubbers. In general, the scrubbing liquid and waste-gas should be carefully 
selected, as they lose their cost effi ciency for compounds having a Henry’s coeffi -
cient ( H ) > 0.01. Though bioscrubbing presents high potential for development 
because VOC transfer and biodegradation could be separately improved (Le Cloirec 
et al.  1999  ) , they have not been used widely due to complex startup procedure, high 
operational cost and sludge generation.  

Polluted air 

Scrubber unit

Bioreactor unit 

Settling
tank  

Pump 

For aeration

Treated air 

Sludge removal 

  Fig. 3.5    Schematic of a bioscrubber; when the polluted air enters the scrubber unit, the scrubbing 
liquid containing the microorganisms will solubilize the pollutants and the pollutants in liquid-
phase would now be subsequently degraded by the microorganisms in the bioreactor unit (Kennes 
and Veiga  2001  )        

 



138 E.R. Rene et al.

    3.3.4   Biofi lters 

 Biofi ltration can be done in aerobic/anaerobic bioreactors, in which a contaminated 
air stream is passed through a porous packed medium that supports a thriving 
population of microbes (Fig.  3.6 ). The principles governing this are similar to the 
common biofi lm process. The contaminants of gas-phase (VOCs) are fi rst absorbed 
from the air-phase to the water of the biofi lm inter-phase. Then, this contaminant 
diffuses through the biofi lm that holds the microorganisms. The microorganisms 
play a major role in converting them into CO 

2
 , water and other end-products. On the 

contrary, most hydrogen sulphide (H 
2
 S) degraders are autotrophic organisms, which 

has the ability to use carbon dioxide as its carbon source. However, in heterotrophic 
co-metabolic degradation processes, another carbon source may be required besides 
the pollutant itself. The microorganisms obtain suffi cient energy from the oxidation 
of the chemical, while utilizing them as a primary substrate via specifi c enzymes. 
The degree of treatment depends on the type and composition of the waste-gas 
stream (solubility factor), activity of the microbes, pH, temperature, moisture content 
of the fi lter bed, nutrient and O 

2
  availability and other suitable conditions needed for 

biodegradation. The design of conventional biofi lters have varied and improved 
over the past 50 years. Also a number of extensive reviews and studies about the 
technical aspects of biofi ltration have been published in the past few years (Kennes 
and Thalasso  1998 ; Rene et al.  2004 ; Estévez et al.  2005 ; Mohammad et al.  2007 ; 
Jin et al.  2006a,   2008 ; Rene et al.  2009a ; Kennes et al.  2009b  ) .  

Addition of media/water for irrigation 

Polluted air 

Treated air 

Filter bed 

Leachate collection 

Media sprinkler 

Air distributor 

  Fig. 3.6    Schematic of a biofi lter; peat and compost based biofi lters have been used commercially 
for treating large volumes of air containing biodegradable volatile organic compounds at low con-
centrations (<200 ppm 

v
 ), but fi lter bed clogging, channelling and fl ow-maldistribution have often 

been reported       
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 A wide variety of both organic and inorganic compounds such as alcohols, alde-
hydes, ketones, hydrocarbons, carboxylic acids, H 

2
 S and NH 

3
  have been treated in 

biofi lters (Leson and Winer  1991 ; Jin et al.  2005 ; Prado et al.  2008 ; Kennes et al.  2009a  ) . 
Table  3.1  shows typical examples of gas-phase pollutants treated in biofi lters and 
their corresponding elimination capacity values.  

 The main advantages of using biofi ltration over other conventional control methods 
are their low capital costs, low operating costs, use of less chemicals and low energy 
requirements. Biofi ltration units can be designed to physically fi t into any industrial 
setting. It can be also designed as an open fi eld with the piping and delivery system 
placed underground. In addition, biofi lters can be designed with stacked beds to 
minimize space requirements and multiple units can be run in parallel. Biofi ltration 
is versatile enough to treat odors, toxic compounds and VOCs. The treatment effi -
ciencies of these contaminants are above 90% for low concentrations of contami-
nants (<1,000 ppm 

v
 ). Different media, microbes and operating conditions can be 

used to tailor a biofi lter system for many emission points.   

   Table 3.1    List of individual pollutants treated in biofi lter and the corresponding elimination 
capacity values, reported from literature for biofi lters   

 Pollutant  Packing material  Microorganism  EC 
max

  (g/m 3 .h)  References 

 Dichloromethane  Compost, perlite, 
(50%v/v) 

 Activated sludge, 
 Pseudomonas 
putida  

 >98%, 
50 ppm 

v
  

 Ergas et al.  (  1994  )  

 Ethanol  Compost, 
polystyrene (1:1) 

 Mixed culture  195  Arulneyam and 
Swaminathan 
 (  2000  )  

 Methanol  Wood chips  Mixed culture  127  Sagastume et al. 
 (  2001  )  

 Methanol  Compost, 
polystyrene (6:4) 

 Mixed culture  85  Arulneyam and 
Swaminathan 
 (  2003  )  

 Toluene  GAC, compost  Mixed culture  97  Hwang and Tang 
 (  1997  )  

 Xylene  Conditioned peat 
balls 

 Activated 
consortium 

 61  Jorio et al.  (  2000  )  

 Methanol  Lava rock  Activated sludge  185  Prado et al.  (  2005  )  
  a -Pinene  Lava rock   Ophiostoma 

stenoceras  
 143  Jin et al.  (  2006a,   b  )  

 Styrene  Perlite  Mixed culture  382  Rene et al. 
 (  2009a  )  

 Toluene  Perlite   Exophiala 
oligosperma  
and 
 Paecliomyces 
variotii  

 164  Estévez et al. 
 (  2005  )  

 Styrene  Perlite   Sporothrix 
variecibatus  

 336  Rene et al. 
 (  2010a  )  

   EC  elimination capacity,  GAC  granular activated carbon,  v/v  volume to volume ratio  
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    3.4   Novel Bioreactors for Waste-Gas Treatment 

 Though conventional bioreactors confi gurations have been used in practice to solve 
a wide range of environmental problems,  i.e.,  for waste-gas treatment, they are still 
prone to operational problems. Five major operating problems; moisture, nutrient, 
pH control, headloss/clogging, and response to transient loadings are universal 
issues that have been well reported in the literature (   Schroeder  2002  ) . Besides, in 
conventional bioreactor confi gurations, fl uctuating pollutant loads in waste-gas 
streams, especially of VOCs with low water solubility, can often not be satisfactorily 
removed. Concentration peaks leave the reactor virtually untreated, while periods 
without VOCs in the waste-gas lead to starvation of the bacteria (Studer and von 
Rohr  2008  ) . Recently, several novel bioreactor confi gurations have been proposed 
by researchers, though most of them are still at their initial developmental stage. 
These reactors have been designed to overcome some operational limitations 
frequently encountered in conventional biological treatment systems,  viz.,  fl ow 
resistance/pressure drop and oxygen depletion in biofi lters, and mass transfer 
limitations for sparingly soluble pollutants in the case of biotrickling fi lters and 
bioscrubbers. This section describes different emerging bioreactor confi gurations 
that have been tested for their performance using waste-gas streams of various 
characteristics; continuous suspended-growth bioreactors, monolith bioreactor, 
two-liquid-phase biotrickling fi lters, air-lift bioreactor, fl uidized-bed bioreactor, two-
stage bioreactors, and foam-emulsion bioreactor. 

    3.4.1   One- and Two-Liquid Phase Suspended-Growth 
Bioreactors 

 Biological air pollution control in a suspended-growth reactor is one alternative 
design sometimes overlooked for the treatment of waste-gases. Generally, the air 
contaminants, such as odors and-or VOCs, are co-degraded with contaminants dis-
solved in inlet wastewater (Kennes and Veiga  2001  ) . The continuous suspended-
growth bioreactor (CSGB) has advantages for culturing microorganisms because it 
offers stable environmental conditions, which is important since biological systems 
can be very sensitive to transient process variations. Once the optimum conditions 
are determined, they can be maintained on a long-term basis in a carefully 
controlled bioreactor. 

    3.4.1.1   Principle of Pollutant Removal in Continuous 
Suspended-Growth Reactor 

 Bioreactors are vessels in which a controlled environment is provided with the aim 
of improving the activity or performance of biocatalysts (Daugulis  2001  ) . The oper-
ating principles of the suspended-growth bioreactors are relatively simple, and can 
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be compared to that of a continuous stirred-tank reactor (CSTR) used in chemical 
unit processes. As shown in Fig.  3.7 , the medium and inoculum are introduced into 
a tank. The pollutants present in the waste-gas serve as the principal carbon and 
energy source for microbial growth. The polluted air, sparged through nozzles from 
the bottom of the suspended-growth bioreactor, is then transferred to the aqueous 
phase where it is biodegraded by the biocatalyst growing in suspension. In this process, 
the pollutant is biodegraded and converted into CO 

2
 , H 

2
 O and mineral products. 

For environmental engineering applications, a suspended-growth bioreactor is a 
system that presents the following properties; (i) there is infl ow and outfl ow of matter, 
(ii) chemical reactions occur within a well-defi ned system boundary, (iii) the system 
is in steady-state,  i.e.,  zero-accumulation rate, and (iv) the different species present 
in the system are homogeneously distributed.   

    3.4.1.2   Factors Infl uencing Suspended-Growth Bioreactor Performance 

      Biomass Concentration 

 Biomass concentration and its activity can signifi cantly affect the biodegradation 
rate of the target contaminant(s), and it has been suggested to maintain high biomass 
concentrations within the reactor, under all operating conditions. The microorgan-
isms present, their specifi c growth rates, and prevailing nutrient conditions control 
the entire biodegradation process. Taking in account that such degradation is caused 
by suspended microorganisms in an agitated mixture, it is important to control the 
growth conditions in this kind of systems (Daugulis  1997  ) . The microbial species 
could also affect to the optimum operating conditions in the continuous suspended-

Treated air

CO2
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Settled biomass for recycle
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Air diffuser

Rising gas bubbles

Air

Air diffuser

  Fig. 3.7    Schematic of a continuous suspended-growth bioreactor; air is supplied to the aeration 
tank from a compressor. The polluted air containing the volatile organic compounds are fi rst 
absorbed in the water phase, and then degraded by the microorganisms. The mixed liquor from the 
aeration tank is then sent to the clarifi er unit for removing the sludge       
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growth bioreactor. Moreover, each microorganism requires different conditions for 
their growth. For example, as demonstrated by Powell and Hill  (  2008  ) , an organism 
with a larger respiratory coeffi cient, and hence oxygen demand, will require more 
mixing to help transfer oxygen to the cells. 

 For the inoculation of suspended-growth bioreactors, wastewater sludge and 
pure or mixed cultures of bacterial or fungal populations are preferred. Table  3.2 , 
shows the different gas-phase pollutants tested and the corresponding maximum EC 
values reported in the literature for continuous stirred-tank bioreactors (CSTB), 
simulating suspended-growth systems used for waste-gas treatment. Table  3.3  shows 
the typical organic pollutants treated in a continuous suspended-growth bioreactor, 
and their corresponding removal effi ciencies. Nielsen et al.  (  2005  )  had shown 
earlier that, for a pure strain of bacteria treating VOCs, a constant biomass concen-
tration will eventually be established due to cellular maintenance requirements, 
which are responsible for all of the substrate consumed. This principle can be 
extended to mixed microbial consortia present in the reactor, after an initial growth 
period (Daugulis and Boudreau  2008  ) .    

   Table 3.3    Treatment effi ciencies reported for aromatic organic compounds in suspended growth 
bioreactors (Adapted from Bielefeldt  2001  )    

 Pollutant  MLR (mg/l.h) 
 SLR 
(g/g VS.d)  EBRT, min 

 Inlet 
concentration 
(mg/l) 

 Removal 
effi ciency (%) 

 Toluene  11.6  0.47  10.5  2.1  99.4 
 27  0.43   6.7  3.0  98.6 

 Benzene  58.9  4.02  10  9.7  96 
 Ethylbenzene  37.2  2.38   5  3.1  97 
  o  – Xylene  34.9  1.05   5  2.9  89 
 BTEX  14.9  0.27   8.7  0.6  98.2 

  Typical operating temperatures ranged from 20°C to 25°C 
  MLR  mass loading rate,  SLR  specifi c pollutant loading rate,  EBRT  empty bed residence time, 
 BTEX  benzene, toluene, ethylbenzene and xylene,  VS  volatile solids  

   Table 3.2    Typical examples of pollutants treated in continuous stirred tank bioreactors   

 Pollutant  Microorganism  EC (g/m 3 .h)  RE (%)  References 

 Hexane   Pseudomonas aeruginosa   45  19  Muñoz et al.  (  2006  )  
 Hexane   Fusarium solani   50  28  Arriaga et al.  (  2006  )  
 Toluene  Microbial consortium  326  95  Daugulis and 

Boudreau  (  2008  )  
 Toluene  Microbial consortium  <30  >96  Neal and Loehr  (  2000  )  
 Dichloromethane   Hyphomicrobium  KDM2, 

KDM4 
 110  90  Bailón et al.  (  2009  )  

  a -Pinene   Pseudomonas fl uorescens  
NCIMB 11671 

 19  63  Muñoz et al.  (  2008  )  

 Methane  Microbial consortium  75  34  Rocha-Rios et al. 
 (  2009  )  

   EC  elimination capacity,  RE  removal effi ciency  
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      Solubility of the Pollutant 

 Since all biological mechanisms take place in the presence of an aqueous-phase, the 
effectiveness of the processes for treatment of hydrophobic compounds is relatively 
poor. Therefore, there are many works based on the addition of an organic-phase 
with more affi nity for the target compound than water. The continuous presence of 
heavy organic solvent in biological air treatment systems can also be advantageous 
for the removal of hydrophilic compounds from air stream, because they can reduce 
the level of inhibitory effect caused by high concentrations of organic pollutants to 
the existing microbial community (Fazaelipoor  2007  ) . The most widely used organic 
phases are dodecane, hexadecane, and silicone oil. However, silicone oil seems to 
be the only solvent that did not present any problem so far, in terms of biodegrad-
ability or biocompatibility (Muñoz et al.  2007  ) . Previously, the high performance 
generally reached in such two liquid-phase suspended-growth bioreactor has been 
compared to more conventional systems (Kennes et al.  2009a  ) . Nevertheless, sili-
cone oil has certain disadvantages such as its relatively high cost and because its 
recovery may increase process costs. Recently, it has been proposed that solid polymers 
could be used as an alternative organic-phase, for the degradation of hydrophobic 
compounds (Daugulis and Boudreau  2008  ) .  

      Suspended-Growth Bioreactor Response to Transient Operations 

 A general profi le of transient-state operation in the form of medium and high instan-
taneous over loads and the corresponding response of any biological system in terms 
of removal effi ciency are illustrated in Fig.  3.8 . Only few experimental data are 
available in the literature that highlights the effect of transient or high loading con-
ditions in a suspended-growth bioreactor.  

 Previously, for gas-phase toluene removal in a continuous stirred-tank bioreac-
tor, when a sudden shock-load was imparted from 343 g/m 3 .h to approximately 
6,000 g/m 3 .h, in a single-phase system, the removal effi ciency of the system 
decreased from 97% to about 52% during the 60 min shock-load, decreasing further 
by another 14% for a brief period of time (20 min), refl ecting the increased stripping 
of accumulated toluene once the step increase has been terminated (Daugulis and 
Boudreau  2008  ) . Bailón et al.  (  2009  )  conducted a series of shock-loading experi-
ments,  viz.,  as low-medium, medium-high, and low-high overloads and observed 
the performance changes during the treatment of gas-phase dichloromethane. At the 
highest conditions, when the load was increased from 70 to 500 g/m 3 .h, the removal 
effi ciency of the system dropped from 95% to minimum values of 50% at the end of 
6 h shock-load. Besides, the performance during shock-loads were compared to 
those of a biotrickling fi lter, operated under similar conditions with gas-phase, and 
the continuous stirred-tank bioreactor clearly outperformed the biotrickling fi lter, at 
all loading conditions. For shock-loads tested in the presence of the second organic-
phase by different researchers, an enhancement in the performance arising from the 
presence of a second-phase was observed. Anew, the instantaneous removal effi ciency 
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recovery times, after re-instating pre-shock conditions, also show a clear trend with 
the one-liquid-phase system recovering more rapidly, as a result of little pollutant 
absorption (Boudreau and Daugulis  2006  ) .    

    3.4.2   Monolith Bioreactors 

 A monolith reactor (Fig.  3.9 ) is a reactor in which the biomass is attached on a 
plastic, ceramic or metal structure with uniform parallel channels separated by thin 
walls. Commercially available monolith supports can be tailored to meet the needs 
of a relatively inexpensive, light weight, inert, bioreactor packing that provides a 
high specifi c surface area,  i.e.,  surface to volume ratio, to greatly improvise the mass 
transfer rate of pollutant (Jin et al.  2006b,   2008 ; Rene et al.  2010c  ) .  

    3.4.2.1   Flow Pattern in Monolith Channels 

 The operating mode depends on the size of the straight parallel channels. In large 
channels, the fl uid trickles downwards along the channel walls and the gas travels 
co- or counter-currently through the channel in the core. In smaller channels, the 
dominant fl ow pattern is a segmented slug fl ow or bubble train fl ow of elongated 
bubbles and slugs, commonly referred to as Taylor fl ow in the literature (Kreutzer 
et al.  2005 ; Jin et al.  2006b  ) . Theoretically, the gas and liquid would ideally follow 
near plug fl ow conditions as they travel with uniform velocities, as separated 
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  Fig. 3.8    Schematic of low, medium and high over-loads in waste-gas treatment systems; some-
times sharp peak loads can occur almost instantaneously, leading to a decline in bioreactor 
performance (removal effi ciency)       
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 packages within a monolith channel. The wall is wetted by a thin liquid fi lm, while 
the gas pollutant is easily transported through the fi lm allowing higher mass transfer 
rates. The bio-catalytically active biofi lm layer remains at the wall when the liquid 
slug passes by. Inside the liquid slug itself, a recirculation pattern is observed. This 
recirculation enhances transfer of gas from the caps of the bubble to the biocatalyst 
with higher removal by the attached biomass.  

    3.4.2.2   Advantages of Monolith Support 

 In environmental applications, the monolith reactor is widely used as medium for 
non-biological catalyst support such as the cleaning of automobile exhaust gases 
and industrial off gases due to the following advantages; (i) simple reactor confi gu-
ration and energy effi cient operation due to low pressure drop, (ii) high external 

Polluted air

Treated air

Monolith block

Nutrient hold tank

Sprinkler

  Fig. 3.9    Schematic of a monolith bioreactor; excess biomass/biomass clogging can be removed/
avoided by increasing the liquid trickling rate by fourfold. This bioreactor can also be operated by 
intermittently supplying the trickling medium, once suffi cient biomass is attached (Rene et al.  2010c  )        
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surface area and high mechanical strength, (iii) high interfacial mass transfer rates, 
(iv) better liquid distribution at low liquid fl ow rates, and (v) scaling up promises to 
be relatively easy compared to other reactor types (Jin et al.  2006b ; Rene et al. 
 2010c  ) . However, a continuous supply of nutritive aqueous phase is a prerequisite 
for optimal bioreactor performance with inert support materials. These nutrients are 
not naturally available in inert fi lter beds, and the aqueous nutrient solution acts as 
a main agent for oxygen and substrate transport from the gas to the biofi lm (Kennes 
and Veiga  2002  ) .  

    3.4.2.3   Treatment of Gas-Phase Volatile Organic Compounds 

 The schematic of a monolith bioreactor used for waste-gas treatment is shown in 
Fig.  3.9 . Monolith bioreactors have only been tested recently for the removal of both 
hydrophilic and hydrophobic VOCs from waste-gases (Jin    et al.  2006b  ,   2008 ; Fang 
and Govind  2007 ; Rene et al.  2010c  ) . Jin et al.  (  2008  )  used a yeast-dominant 
enriched culture, which could tolerate low-pH, to inoculate a monolith reactor for 
treating methanol polluted air. More than 80% removal, for methanol loads greater 
than 250 g/m 3 .h, suggests the extent of mineralization possible for hydrophilic 
VOCs in such a monolith reactor, a load that is often not treatable in biofi lters and 
biotrickling fi lters, at such low-pH. Fang and Govind  (  2007  )  tested an activated 
carbon coated monolith reactor having porous channel walls, made of porous 
cordierite to support biomass, under diffusive-and convective fl ow conditions to 
treat gas-phase toluene at low concentrations. High removal during the fi rst 2 weeks 
of operation was attributed to adsorption of toluene by activated carbon on the 
monolith and the difference in removal effi ciencies were a result of the different 
fl ow patterns inside the monolith modules. Though the maximum EC were low in 
both the fl ow types, the convective fl ow type gave higher EC (7 g/m 3 .h) than the 
diffusive fl ow type confi guration (3 g/m 3 .h). Rene et al.  (  2010c  )  investigated styrene 
removal in a monolith bioreactor, inoculated with the fungus  Sporothrix variecibatus , 
at different concentrations, ranging between 0.07 and 2.5 g/m 3 , and at two different 
fl ow rates corresponding to empty bed residence times (EBRTs) of 77 and 19 s 
respectively. A maximum EC of 67.4 g/m 3 .h was observed at an inlet styrene load 
of 73.5 g/m 3 .h.  

    3.4.2.4   Effect of Liquid Trickling Rate on the Removal Performance 

 For achieving high removal effi ciencies for gas-phase pollutants in monolith biore-
actors, the operational mode,  i.e.,  fl ow of pollutant and the trickling liquid, has to be 
in the Taylor fl ow regime. In this regime, the gas and liquid move through the chan-
nels as separate packages, ensuring plug fl ow behavior. Because of these properties 
of Taylor fl ow in capillaries, a high gas-liquid mass transfer rate is usually obtained. 
Jin et al.  (  2006b  )  studied the effect of the mode of feeding of the liquid-phase, fi rst 
in trickling mode and later without trickling. It was observed that, the removal of 
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gas-phase toluene in the trickling mode was lower than without trickling phase, and 
this observation seemed to have contradicted the theory that Taylor fl ow could 
enhance the mass transfer from the gas-phase to the liquid-phase. Jin et al.  (  2006b  )  
further enunciated the reason for this observation, as follows; (i) when no liquid is 
recirculated in the reactor, the gas fl ow is uniform, and the liquid inside the channel 
forms a very thin liquid fi lm, then the resistance between the gas-phase and the 
liquid-phase is low, (ii) in the trickling mode, although the Taylor fl ow generated by 
the liquid fl ow could enhance the mass transfer rates, the liquid was not uniformly 
distributed in the monolith. This could have possibly caused non-homogenous 
mass transfer in the different channels, and (iii) the hydrophobic nature of toluene 
would also explain its better removal in the absence of a continuous trickling 
aqueous phase.  

    3.4.2.5   Response of Monolith Bioreactors to Transient-Loads 

 Since biological waste-gas systems include the presence of active microorganisms, 
they are sensitive to sudden variations of fl ow rate or concentration or a combination 
of both at once,  i.e.,  load fl uctuations (Fig.  3.8 ). Shock-load tests have been men-
tioned in only one monolith bioreactor report, on gas-phase styrene removal (Rene 
et al.  2010c  ) . Rene et al.  (  2010c  )  conducted low-medium and medium-high over-
load tests, at an EBRT of 77 s and 19 s, respectively. It was reported that, a sudden 
increase in the styrene load from 10 to 85 g/m 3 .h decreased the RE from nearly 
100–61% during medium shock-loads, and during this step increase, the EC 
increased from an original low value of 10 g/m 3 .h to 55 g/m 3 .h, and then remained 
almost constant during the 6-h medium shock-load. Anew, during high shock-load 
tests,  i.e.,  from 56 to 186 g/m 3 .h, the removal effi ciency dropped suddenly, to nearly 
30% and then remained almost constant at such value during the shock-load period 
of 36 h. Furthermore, the EC values remained basically unchanged during the 
shock-load compared to its value before the shock-load. In both these shock-loads, 
the response of the monolith bioreactor was fast as seen from the immediate decrease 
in removal profi le at high loads, and, when pre-shock steady state conditions were 
restored, the recovery time of the fungus-inoculated monolith bioreactor to achieve 
original performance was almost instantaneous, in less than 1 h (Rene et al.  2010c  ) .  

    3.4.2.6   Pressure Drop 

 Pressure drop is directly related to the accumulation of biomass in the narrow 
channels and on the surface of the monolith, and is responsible for part of the energy 
consumption during the operation of a monolith bioreactor. The pressure drop 
values usually start to increase, when new bacterial/fungal cells are formed in the 
monolith channels. Clogging of monolith bioreactors inoculated with fungi is some-
what faster than in reactors where bacteria are dominant populations (Kennes and 
Veiga  2004 ; Rene et al.  2010c  ) . For fungal bioreactors, clogging occurs as a result 
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of excess biomass growth and fl uffy biofi lm formation, which is controlled by phos-
phate limitation in fungi (Singh  2006  ) . Rene et al.  (  2010c  )  showed that the pressure 
drop values increased to a maximum value of 7.2 cm H 

2
 O in a monolith bioreactor 

inoculated with the fungus  Sporothrix variecibatus , during the biotreatment of gas-
phase styrene. Similar observations were also reported in a previous study with 
methanol in monolith bioreactor and it was postulated that regular washing, by tem-
porarily increasing the fl ow rate of the trickling liquid for a short period, of the 
monolith would remove the excess biomass and will allow for a long-term, stable 
operation (Jin et al.  2008  ) .   

    3.4.3   Two-Liquid-Phase Biotrickling Filters 

 For waste-gases containing hydrophobic compounds (low solubility in water), the effi -
ciency of biological treatments is limited by the poor mass transfer of the pollutant 
from the gas-phase to the aqueous phase (Dumont et al.  2006  ) . Under such conditions, 
the addition of a second non-aqueous liquid-phase with the already re-circulating nutri-
ent media is a novel concept for use in biotrickling fi lters (Fig.  3.4 ). The fi rst report on 
the application of two-phases for waste-gas treatment appeared around 1992, as a pro-
cess improvement strategy for the treatment of hydrophobic contaminants in bioscrub-
bers (Cesario et al.  1992 ; Poppe and Schippert  1992  ) . By doing so, high mass transfer 
rates can be achieved, compared to conventional biofi lters and biotrickling fi lters, in the 
case of hydrophobic pollutants like  a -pinene, hexane or toluene (Spigno et al.  2003 ; 
Arriaga et al.  2006 ; Muñoz et al.  2008 ; Bailón et al.  2009 ; Quijano et al.  2009a,   b  ) . 

    3.4.3.1   Typical Organic Solvents Used and Advantages of Silicone Oil 

 In order to overcome mass transfer constraints, the addition of a water-immiscible 
organic solvent, such as silicone oil, oleyl alcohol, decane, n-hexadecane, dodecane, 
diethyl sebacate, 1-octadecane, isopropyl myristate, 2-undecanone, has been sug-
gested (Daugulis  1997,   2001 ; Kennes and Veiga  2001 ; Muñoz et al.  2006 ;    Mahanty 
et al.  2008 ; Fazaelipoor  2009 ; Bailón et al.  2009 ; Kennes et al.  2009a ; Montes et al. 
 2009,   2010  ) . Silicone oil, commercially known as polydimethylsiloxane [(H 

3
 C)

[SiO(CH 
3
 ) 

2
 ] 

n
 Si(CH 

3
 )], has shown to serve the intended purpose by its addition in 

waste-gas treatment systems. 100% polydimethylsiloxane (PDMS) has unlimited 
useful life, very less volatility, high resistance to oxidation and exceptional stability 
to chemical attack. Silicone oil serves as the ideal candidate for use as an organic 
phase, in biological waste-gas treatment applications, due to the following 
advantages; (i) safe to use, (ii) high stability, (iii) non-toxic to the microorganisms, 
(iv) allows high pollutant solubility, which enables the treatment of high pollutant 
concentrations, (v) increases the specifi c interfacial area (gaseous) available for 
microorganisms to utilize the pollutant, by reducing the surface tension of water, 
(vi) controls the delivery pattern of the pollutant to the aqueous phase, (vii) enhances 
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oxygen mass transfer rates and (viii) positive impact on downstream operations, 
such as product recovery (Daugulis  1997,   2001 ; Kennes and Veiga  2001 ; Bailón 
et al.  2009 ; Montes et al.  2009 ; Darracq et al.  2010 ; Mahanty et al.  2010  ) . It is 
important to add only low amounts of organic phase to the system, since that addi-
tional phase will also result in an additional cost. A recent study has shown that the 
addition of only 5% silicone oil to the recirculating medium can easily increase the 
performance of mesophilic and thermophilic biotrickling fi lters for the removal of 
 a -pinene in gas-phase (Montes et al.  2010  ) .  

    3.4.3.2   Mechanism of Pollutant Removal in the Presence 
of an Aqueous Organic Phase 

 The organic solvent,  i.e.,  the non-aqueous liquid-phase, when mixed with the re-
circulating medium forms a water-solvent emulsion and is continuously trickled 
over the fi lter bed containing the immobilized biocatalysts. The water-solvent emul-
sion tends to absorb the gas-phase pollutants and keeps them in the organic phase. 
The lower pollutant concentration in the aqueous phase resulting from this process 
is the driving force for pollutant diffusion from the organic to the aqueous phase 
(Dumont et al.  2006  ) . During this process, complete biological regeneration of 
the liquid is also possible (Kennes and Veiga  2001  ) . Furthermore, the presence of 
the second organic phase has shown to enhance oxygen mass transfer from the gas-phase 
to the microorganisms in order to improve the degradation of the pollutant.  

    3.4.3.3   Performance of Two-Liquid-Phase Biotrickling Filters 

 Van Groenestijn and Lake  (  1999  )  treated hexane vapors in two biotrickling fi lters, 
connected in series as a two-stage bioreactor, inoculated with activated sludge from 
a wastewater treatment plant. In that study, a mixture of silicone oil and nutrient 
medium (1:1 v/v) was trickled over the top, and it was observed that, at a gas-fl ow 
rate of 120 l/h and hexane concentration of 10 g/m 3 , at loading rates ranging between 
83 and 97 g/m 3 .h, removal effi ciencies as high as 89% were attained. In another 
study, the stability of a biotrickling fi lter for treating gas-phase dichloromethane 
was evaluated for long-term operation with and without the addition of 10% (v/v) 
silicone oil to the nutrient medium (Bailón et al.  2009  ) . The biotrickling fi lter was 
inoculated with pure strains of  Hyphomicrobium  KDM2 and KDM4, and the authors 
observed that, when adding 10% silicone oil to the biotrickling fi lter, the maximum 
EC increased by 25%, reaching 200 g/m 3 .h compared to the 160 g/m 3 .h achieved for 
the same biotrickling fi lter without silicone oil. There are however few reports in 
which silicone oil has been either added or coated onto the packing material for use 
in biofi lters, as an alternate strategy to improve its performance. Budwill and 
Coleman  (  1997  )  coated peat granules with silicone oil for hexane vapor removal in 
a biofi lter and observed a maximum EC of 16 g/m 3 .h with 66% RE, which is almost 
two times higher than the EC achieved in a control biofi lter without silicone oil. 
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Fazaelipoor and Shojaosadati  (  2002  )  used enriched hydrocarbon degrading bacteria 
in two perlite biofi lters, one serving as the control, while the other was coated with 
silicone oil (v 

oil
 /v 

perlite
  = 0.2), to treat hydrocarbon vapors. The nutrient medium was 

intermittently recirculated, 10 min/2 h, for both the reactors to provide suffi cient 
moisture for the fi lter bed. The results indicated that the performance of the silicone 
oil coated biofi lter was only slightly better (20.4 g/m 3 .h) than the non-coated biofi l-
ter (18.8 g/m 3 .h). Djeribi et al.  (  2005  )  immersed lava rock grains into silicone oil for 
1 h and used that lava rock, containing the adsorbed silicone oil, as the packing 
material in a biotrickling fi lter, as an alternative biphasic system strategy to treat 
gas-phase styrene. The inoculum for the biotrickling fi lter was an isolated consor-
tium, containing different strains of  Pseudomonas spp ., and  Achromobacter spp ., 
previously obtained from a two-phase continuous stirred-tank bioreactor treating 
styrene. The results from that study show that, for a loading rate of 2,980 g/m 3 .h, the 
RE was > 97% with a maximum EC of 2,900 g/m 3 .h. A comparison between the 
performance of one-and two-liquid-phase biotrickling fi lters is shown in Table  3.4 .  

 There is a concern to apply this technology in practical situations, despite the 
high performances reported in the literature for short-term laboratory experiments. 
Long term stability is crucial as the non-aqueous phase might partly be lost during 
continuous operations (Muñoz et al.  2007  ) .   

    3.4.4   Air-Lift Bioreactors 

 Air-lift reactors were originally designed by chemical engineers for enhancing mass 
and heat transfer effi ciency and to produce pharmaceuticals, polymers, and chemi-
cal feed stocks, among others (Bielefeldt  2001  ) . This reactor confi guration offers 
many advantages and is being applied in the fi eld of wastewater engineering. The 
advantages include: complete mixing of species, simple mechanical design, low 
shear rate, high capacity, the absence of mechanical agitators, versatility for scale-
up, and low power consumption for agitation and oxygenation (Chisti  1989  ) . 
Additionally, when compared with similar reactor confi gurations like stirred tanks 
or bubble columns, shear stress can be relatively constant and mild throughout an 
air-lift bioreactor, a condition that favours stable microbial growth (Kanai et al. 
 1996  ) .The application of this bioreactor confi guration for waste-gas treatment has 
only been tested in laboratory conditions and was fi rst reported in the 1990s (   Ensely 
and Kurisko  1994 ; Ritchie and Hill  1995  ) . 

    3.4.4.1   Operation of Air-Lift Bioreactors 

 The schematic of a concentric, internal-loop air-lift bioreactor is shown in Fig.  3.10 . 
Waste-gas is introduced into the air-lift bioreactor, through a sparger located at the 
central section, for the purpose of supplying oxygen to the bacteria and to provide 
mixing. The inner draft tube improves circulation and oxygen transfer and equalizes 
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shear forces in the reactor. The hydrostatic pressure difference due to gas sparging 
in the middle section causes a circulating motion in different parts within the reactor. 
The direction of waste-gas movement is upward in the light section and downward 
in heavier section, resulting in a well controlled fl uid circulation pattern. These sec-
tions are named riser and down comer, respectively. Adequate headspace is pro-
vided above the riser and down comer to allow the treated gas to escape out. In some 
conventional air-lift bioreactors, the inner tube serves as the down comer, and the 
annular space between the two tubes serves as the riser. The biomass is usually dis-
persed in the liquid medium or immobilized onto suitable polymer matrix, such as 
polyvinyl alcohol (PVA)-sodium alginate gels (Vergara-Fernandez et al.  2008 ; 
Namgung et al.  2009  ) .   

   Table 3.4    Performance of trickling fi lter with one-and two-liquid phases for gas-phase VOC 
removal (Adapted from Kennes et al.  2009b  )    

 Pollutant  Packing material  ILR (g/m 3 .h)  EC 
max

 (g/m 3 .h)  References 

 Dichloromethane  Lava rock a   360  160  Bailón et al. 
 (  2009  )  

 Lava rock + silicone oil (10%) a   465  195  Bailón et al. 
 (  2009  )  

 Hexane  Polyamide structure wire mat 
+ silicone oil (10%) 

 100  80  van Groenestijn 
and Lake 
 (  1999  )  

 Fungal biofi lter – granular 
expanded clay 

 300  150  Spigno et al. 
 (  2003  )  

 Fungal biofi lter – perlite + 
silicone oil (10%) b  

 180  165  Arriaga et al. 
 (  2006  )  

 Fungal biofi lter – perlite b   164  110  Arriaga et al. 
 (  2006  )  

 Peat biofi lter + 20% silicone 
oil c  

 24  16  Budwill and 
Coleman 
 (1997)  

 Hydrocarbon 
mixture 

 Perlite + silicone oil (20%) d   31.1  20.4  Fazaelipoor and 
Shojaosadati 
 (  2002  )  

 Styrene  Lava rock + silicone oil (30%) e   555  537  Djeribi et al. 
 (  2005  )   2,980 f   2,900 f  

   ILR  inlet loading rate,  EC  elimination capacity 
 Microorganism used in the BTFs are given here: 
  a  Hyphomicrobium sp ., KDM2 and KDM4 
  b  Fusarium solani  
  c The peat based biofi lter was soaked with 20% silicone oil (w/w) 
  d Inoculated with 1 l of hydrocarbon degrading culture 
  e Four dominant strains,  viz., Psuedomonas putida  (C1),  Achromobacter sp.,  (C2),  Achromobacter 
sp.,  (C3) and  Pseudomonas aeruginosa  (C4) were used in the experiments 
  f ILR and EC obtained when experiments were conducted by progressively escalating gas-phase 
styrene concentrations, up to 6.6 g/m 3   
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    3.4.4.2   Performance of Air-Lift Bioreactors for Waste-Gas Treatment 

 The application of air-lift bioreactors for waste-gas treatment is a relatively new 
technique, though this type of confi guration has been extensively used in water 
treatment applications. Ritchie and Hill  (  1995  )  used a fl at plate type sparger, in a 
circulating loop reactor (internal-loop) and reported >99% RE of phenol (<1 g/m 3 ) 
from contaminated air, for inlet loading rates up to 20 g/m 3 .h.    Khandan (1997) used 
a 3 m high air-lift bioreactor for the treatment of volatile hydrocarbon emissions 
(toluene) at a gas-fl ow rate of 1 l/min and at different temperatures between 20°C 

Polluted air

Treated air

Suspended biomass + 
media

  Fig. 3.10    Schematic of an internal-loop air-lift bioreactor; it has been reported that an air-lift bioreactor 
requires less energy, and therefore, facilitate design scale-up, providing a potential practical replace-
ment for traditional mechanically agitated confi gurations (Littlejohns and Daugulis  2009  )        
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and 30°C. A reduction in the RE from nearly 100% to 70% was reported, when the 
gas-fl ow rate was increased to 10 l/min. The maximum EC of air-lift bioreactors 
appears to be a strong function of both the suspended biomass concentration and 
gas-fl ow rate. Wei et al.  (  1999  )  used a spinning-type sparger in an external loop air-
lift bioreactor for the biodegradation of both  p -cresol and ethanol from contami-
nated air. In batch experiments, having observed inhibition, the growth on both 
 p -cresol by  Pseudomonas putida  and ethanol by  Acetobacter aceti , respectively, 
were modeled using Haldane’s type substrate inhibition kinetics. In the continu-
ously operated bioreactor, it was observed that higher gas-fl ow rates resulted in 
higher build-up of  p -cresol in the bioreactor (20 mg/l). Besides, for gas-phase 
 p -cresol loading rates up to 8 g/m 3 .h, inlet concentrations <0.6 g/m 3 , a linear 
relationship was obtained between the rate of increase in biomass and the rate of 
 p -cresol absorption. On the other hand, for ethanol removal using  Acetobacter aceti , 
the bioreactor was able to handle high loading rates (220 g/m 3 .h), but the microbial 
growth rate was much lower than those observed in batch experiments (0.05/h  vs . 
0.3/h in batch). Vergara-Fernandez et al.  (  2008  )  reported that an increase in biomass 
concentration in the reactor (V = 2 l) will allow for greater elimination capacities. 
This was explained by the fact that a greater use of carbon source favors the mass 
transfer in the medium which also increases the pollutant solubility in the medium, 
produced by changes in the liquid-phase generated by microbial growth. For 
instance, when the average biomass concentration was 3,700 g/m 3 , the EC was 
203 g/m 3 .h, and at a maximum biomass concentration of 8,000 g/m 3 , the EC was 
310 g/m 3 .h. The same authors also reported that the gas-phase toluene RE decreased 
from 100% to 40% when the gas-fl ow rate was increased from 0.024 to 0.132 m 3 /h. 
Namgung et al.  (  2009  )  tested an air-lift bioreactor, having suspended yeast-
immobilized polymer media, for the biodegradation of a mixture of gas-phase toluene 
and methyl ethyl ketone (MEK). The yeast entrapment technique was adapted in 
this case, to achieve stable performance and high biodegradation rates. Besides, 
entrapment of microbes within a polymer matrix would minimize the impact 
received from unexpected shock-loads and help to maintain the microbial activity. 
Namgung et al.  (  2009  )  used the yeast strain  Candida tropicalis , and a mixture of 
sodium alginate, polyethylene glycol (PEG) and powdered activated carbon to 
formulate the PEG-Alginate-Carbon-Yeast media. The EBRT was varied from 15 to 
60 s and the maximum EC was reported as 70.4 and 56.4 g/m 3 .h, for toluene and 
MEK, respectively. The authors attributed the high EC values to the adsorption 
capacity and biodegradation activity of the polymer media. The presence of this 
media also helped to dampen the fl uctuations of loads, as well as interact with the 
active yeast cells in the liquid-phase for the biodegradation of VOCs. Nikakhtari 
and Hill  (  2006  )  designed an improvised version of the conventional air-lift bioreac-
tor, by incorporating/placing a small packed bed near the riser section. The biore-
mediation of phenol polluted air was studied in that reactor using a pure strain of 
 Pseudomonas putida . The authors have also reported a three-step procedure, using 
0.2% polyethylenimine, to develop the biofi lm on the packed bed (stainless steel 
mesh packing). Steady-state operation was achieved in less than 6 h, and the novel 
bioreactor was able to handle high phenol loads (33,120 mg/m 3 .h), with 100% RE. 
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Jiangping et al.  (  2005  )  evaluated the performance of a gas-liquid-solid three-phase 
fl ow air-lift bioreactor for treating a contaminated air stream containing a mixture 
of ethyl acetate and ethanol. 100 g activated charcoal with the average diameter of 
0.2 mm was mixed with activated sludge for biofi lm formation onto the solid phase. 
The bioreactor was operated with a liquid fl ow rate of 100 mL/h, corresponding to 
0.091/h of dilution rate. The maximum elimination capacities were 504 and 
685 g/m 3 .h, for ethyl acetate and ethanol in the mixture, respectively.   

    3.4.5   Fluidized-Bed Bioreactor 

 The fl uidized-bed bioreactor (gas-solid) is a modifi ed version of the conventional 
fl uidized bed reactor used in chemical processes and other unit operations. These 
reactors can be thought upon as an attempt to improve the existing design of other 
biological systems such as biofi lters (Clarke et al.  2008  ) . 

    3.4.5.1   Operation of Fluidized-Bed Bioreactors 

 The schematic of a typical fl uidized-bed bioreactor is shown in Fig.  3.11 . The 
polluted air enters the reaction space with the help of a nozzle type distributor/
sparger placed near the tapering section of the bioreactor. These bioreactors are 
generally constructed as hollow cylinders with perforated distribution plates, placed 
just above the sparger. An important design consideration, for biofi lm development, 
is the selection of an appropriate particle type to use in the bed, and that the particle 
can be easily fl uidized. Clarke et al.  (  2008  )  enunciated that the fl uidized state is infl u-
enced by the particle properties such as size, size distribution, density, shape, and 
moisture content. Besides, the fl uidization state can also affect the mass and heat 
transfer characteristics, and the conversion,  i.e.,  pollutant removal characteristics, in 
the bioreactor. Small particles in the size range of 0.15–0.3 mm can be used as the 
solid phase. Typical examples are; sand, carbon, fl y ash, anthracite, glass, calcinated 
clay, etc. These fi ne particles can be easily fl uidized by the upward fl ow of waste-
gas entering the reactor. Poor fl uidization behavior could lead to gas channeling and 
poor waste-gas treatment. In some cases, highly porous, fabricated media are also 
developed which allow biomass formation within the porous internal structure.   

    3.4.5.2   Performance of Fluidized-Bed Bioreactors for Waste-Gas Treatment 

 There are only a few reports pertaining to the use of fl uidized-bed bioreactors for 
removing organic and inorganic vapor phase pollutants present in waste-gases. 
Wright and Raper  (  1998  )  investigated ammonia vapor removal in a three-phase 
sprouted bed bioreactor, consisting of larger particles than those used in typical 
fl uidized bed systems to achieve the desired sprouting characteristics. Removal 



1553 Novel Bioreactors for Waste Gas Treatment

 effi ciencies of ammonia in gas-phase varied from 0% to 40% for NH 
3
  loads varying 

between 500 and 650 g NH 
3
 /m 3 .h. The low removal effi ciencies were attributed to 

the unevenly formed sprouting resulting from high wall adhesion and aggregation 
of the particles caused by the mineral solution. Leslous et al.  (  2004  )  reported the 
performance of a fl uidized bed bioreactor for gas-phase ethanol biotreatment. Their 
study used moist scrap wood particles, and >80% RE was reported for ethanol load-
ing rates <1,150 g/m 3 .h. Clarke et al.  (  2007  )  used a gas-solid fl uidized bed bioreactor 
for removing ethanol from polluted air, in a specially designed bioreactor packed 
with moist saw dust particles and glass spheres. The bioreactor, depending on the 
applied superfi cial gas-velocity, was designed to be operated in either packed or 
fl uidized-mode. When the bioreactor was switched to fl uidized mode, the sawdust 
and glass sphere mixture was maintained in a bubbling/slugging regime. The authors 
reported a maximum EC of 75 g/m 3  sawdust.h (during fl uidized-bed mode) and 
225 g/m 3 .h during the packed bed-mode. The high EC value achieved during packed 
bed mode of operation was then attributed to the ability of the packing material to 
withstand the hydrophilic high ethanol loads, subsequently leading to high biomass 
growth. The low EC value in the case of the fl uidized-bed bioreactor was speculated 
to be due to the inability of the microbial cells to attach to the rigid saw dust  particles 

Polluted air 

Treated air 

Bubble 

Catalyst + biomass 

Drain 

Nutrient addition 

Disengagement zone 

  Fig. 3.11    Schematic of fl uidized-bed bioreactor; it has been shown that the performance (removal 
effi ciency) in a fl uidized bioreactor is better at the lowest velocity, when the bubbling bed fl uidization 
regime predominates (Clarke et al.  2008  )        
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during fl uidization. Besides, as a performance improvement strategy for the fl uid-
ized-bed bioreactor, it has been suggested to recycle the non-treated air from the exit 
to the inlet, resulting in an increase in the concentration of ethanol to the bottom of 
the bed. Clarke et al.  (  2008  )  used peat granules (Sauter mean diameter of 680  m m) 
and inoculated the fl uidized-bed bioreactor with  Hansenula anomala,  for the 
biotreatment of gas-phase ethanol. In this study, the authors reported maximum 
ethanol ECs ranging between 1,150 and 1,520 g/m 3 .h, when fl uidized-bed bioreme-
diation experiments were carried out at a superfi cial gas-velocity of 0.5, 0.75 and 
1 m/s, respectively.   

    3.4.6   Two-Stage Reactors with at Least One Biological 
Step for Waste-Gas Treatment 

 As the name implies, two-stage reactors exploit the inherent advantages of different 
processes used for waste-gas treatment, by adjusting the operation strategy as reac-
tors connected in series or in one modifi ed reactor confi guration having different 
pollutant removal mechanisms (Kennes and Veiga  2001 ; Jin et al.  2008 ; Rene et al. 
 2009b,   2010b  ) . Two-stage reactors are preferable for certain operating conditions 
and waste-gas characteristics, as given here; (i) when the waste-gas contains a mixture 
of inorganic and organic pollutants, and some of their degradation end-products 
are highly acidic, (ii) when it is desired to maintain different microbial species in the 
bioreactors for the removal of a mixture of pollutants, and (iii) for the treatment of 
exceedingly high loading rates of the pollutants, which could inhibit microbial 
activity in the biological reactor. Typical examples are shown in Fig.  3.12  (biotrick-
ling fi lter followed by biofi lter in one reactor confi guration), Fig.  3.13  (adsorption 
followed by biological treatment) and Fig.  3.14  (advanced oxidation pre-treatment 
followed by biological treatment), respectively.    

    3.4.6.1   Removal of Hydrogen Sulphide/Volatile Organic Compound 
Mixtures in Fixed-Bed Systems 

 Hydrogen sulphide (H 
2
 S) and mixtures of VOCs are commonly present in waste-

gases emitted from the head works and other facilities at public owned treatment 
works (POTWs). Cox et al.  (  2003  )  tested the removal of these pollutants in a biofi lter 
and observed an EC of 13.8 g H 

2
 S/m 3 .h, while VOC removal was reportedly poor 

irrespective of the experimental conditions. About 25–35% of low concentrations of 
benzene, toluene and chlorobenzene was removed, while other chlorinated VOCs 
could not be removed in the biotrickling fi lter. The low VOC removal was attributed 
to the presence of inhibitory concentrations of sulphate in the recycle liquid and the 
possible accumulation of metabolites other than sulphate that inhibit VOC bio-
degradation. Under such condition and for situations like emissions from typical 
pulp and paper industries (as reported by Rene et al.  2009b,   2010b  ) , a two-stage 
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bioreactor appears to be more promising and a practically feasible option for the co-
treatment of H 

2
 S and VOCs and other gaseous-pollutant mixture, which has shown 

positive results in the recent past. 
    Chitwood et al.  (  1999  )  evaluated the feasibility of using a two-stage biofi lter for 

the treatment of H 
2
 S, air-toxics and smog precursors. The 1st stage acid-gas biofi lter 

(AGB) packed with lava rock contained acidophilic autotrophic bacteria to remove 
H 

2
 S, while the 2nd stage wood-chip biofi lter removed other air-toxics that includes, 

methanol, acetone, methylene chloride, chloroform, toluene, xylene, ethyl benzene, 
methyl-tert-butyl ether (MTBE) and 2-methyl butane. However, they observed that 
the 1st stage AGB removed acetone and methanol completely, while other VOCs 
were intermittently removed depending on the concentrations, in addition to 99.6% 
removal of H 

2
 S at an ILR of 0.057 g/m 3 .h. 

 Ruokojärvi et al.  (  2001  )  observed EC of 47.9 and 36.6 g/m 3 .h of H 
2
 S and dimethyl 

sulphide (DMS) in a two-stage biotrickling fi lter connected in series and inoculated 
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Biofilter section 
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Treated air 

  Fig. 3.12    Schematic of a two-stage bioreactor (biotrickling fi lter + biofi lter); used commonly for 
handling mixture of organic and inorganic gas-phase pollutants. Different microbial species can be 
independently maintained in this reactor confi guration       
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  Fig. 3.14    Schematic of a two-stage reactor (UV-photoreactor + biofi lter); used effi ciently for treat-
ing exceedingly high concentrations of gas-phase pollutant and during shock-loads       
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fl ow equalization and resisting periodic shock loads. The fi rst-stage adsorption unit would also 
release the pollutant, when required, to avoid microbial starvation in the next-stage biofi lter       
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with a microbial consortium enriched from wastewater treatment plant sludge. 
Sercu et al.  (  2005  )  showed that high ECs could easily be achieved in a two-stage 
biotrickling fi lter for treating gas-phase DMS and H 

2
 S. The 1st and 2nd stage 

biotrickling fi lters were inoculated with pure cultures of  Acidithiobacillus thiooxidans  
and  Hyphomicrobium VS , and the maximum EC achieved were 83 g H 

2
 S/m 3 .h in the 

1st stage and 58 g DMS/m 3 .h in the 2nd stage, that predominantly removed DMS. 
In yet another study, the feasibility of using sequential biofi lters for H 

2
 S and a mixture 

of VOC vapors from wastewater treatment plant air was evaluated in laboratory-
scale and fi eld studies (Cox et al.  2003  ) . At loading rate of 8.3 g H 

2
 S/m 3 .h and 33 g 

MTBE/m 3 .h, near complete removal of these pollutants was noticed. However in 
fi eld trials, the removal effi ciency profi les followed the order, H 

2
 S > VOC > chlori-

nated VOC. 
 In a recent study, a hybrid-bioreactor system consisting of a low-pH biotrickling 

fi lter and a neutral pH biofi lter contained within a single reactor column with different 
microbial populations and two different pH zones, was tested for removal of H 

2
 S, 

methanol and  a -pinene from polluted air. Though the hybrid reactor did not exhibit 
any synergistic effect in pollutant removal characteristics, even when fed with low 
concentrations of these pollutants, the results suggested the need for a two-stage 
system for achieving high ECs (Fig.  3.12 ). Low fungal growth in the biofi lter sec-
tion due to the only moderate tolerance of the fungus to acidifi cation was considered 
as the major reason for such low EC values. The EC achieved from this study were 
3.9, 4.3 and 1 g/m 3 .h for H 

2
 S, methanol and  a -pinene respectively (Jin et al., 

non-published data). Rene et al.  (  2010b  )  evaluated the performance of a two-stage 
bioreactor (biotrickling fi lter followed by biofi lter) to treat methanol, H 

2
 S and 

 a -pinene from waste-gas, and reported that, hydrogen sulphide and methanol were 
removed in the fi rst-stage, while  a -pinene, was removed predominantly in the sec-
ond-stage fungal biofi lter. Besides, the fi rst-stage biotrickling fi lter showed maxi-
mum elimination capacities of 45 g/m 3 .h for hydrogen sulphide and 894 g/m 3 .h for 
methanol, while the EC achieved for  a -pinene removal in the fungal biofi lter was 
about 140 g/m 3 .h.  

    3.4.6.2   Continuous Stirred Tank Bioreactor/Biotrickling 
Filter Combination 

 Manninen et al.  (  2003  )  studied the biodegradation of acetone, methanol, methyl 
ethyl ketone (MEK), naphthalene,  a -pinene and toluene in a coupled bioreactor that 
consisted of a 1st stage liquid bioreactor and a 2nd stage biofi lter. The coupled system 
yielded 97% overall VOC removal from initial start-up to shutdown.    Lee  (  2003  )  
used a two-stage continuous stirred-tank bioreactor/biotrickling fi lter for gas-phase 
treatment of trichloroethylene (TCE) by  Burkholderia cepacia . The fi rst stage 
continuous stirred-tank bioreactor was used for reactivation of the biomass, while 
the second-stage biotrickling fi lter was used to degrade TCE. This new operational 
design allowed the combined two-stage system to reach stable EC values during its 
3 month operation, and an EC value of 28 mg TCE/l.d was reported. The addition 
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of continuous stirred-tank bioreactor,  i.e.,  liquid-phase bioreactor, is also due to the 
greater feasibility of adding nutrients and neutralizing acidic metabolites formed 
during the biodegradation process.  

    3.4.6.3   Adsorption Column/Bioreactor Combination 

 Shock-loads, in the form of sudden fl uctuating loading rates, has always posed a 
major challenge for the design and operation of bioreactor systems. Short-term/
temporary high loads can result in diminished treatment performance because of 
limitations in biological reaction capacity of the suspended/attached microorgan-
isms, and the pollutant mass transfer rates (Kennes and Veiga  2001 ; Jin et al.  2007 ; 
Kennes et al.  2009a,   b ; Rene et al.  2010a,   b ; Nabatilan et al.  2010  ) . On the other 
hand, low contaminant loading can lead to unexpected starvation conditions on the 
microorganisms present in the bioreactor, which eventually decreases cell activity 
and reactor performance during re-start. Weber and Hartmans  (  1995  )  used an 
activated carbon bed, prior to a biofi lter, to minimize fl uctuations in toluene loads. 
It was observed that the buffer capacity of the adsorbent depended highly on the 
desired concentration range of the contaminants entering the bioreactor and on the 
time available for desorption. For gas-phase toluene fl uctuations up to 1,000 mg/m 3 , 
the activated carbon bed was able to reduce it to a value of about 300 mg/m 3 , which 
was then completely degraded in the biofi lter. Similarly, Nabatilan et al.  (  2010  )  
installed a column packed with granular activated carbon (GAC), prior to the 
biotreatment step, to achieve load equalization for the biological treatment 
(Fig.  3.13 ). The rationale for such a system was that during periods of high inlet 
concentrations, the GAC adsorbent can temporarily accumulate contaminants and 
then subsequently desorb contaminants during intervals when concentration in the 
waste-gas is lower. The results showed that, load equalization can be achieved in 
GAC columns which receive intermittent pollutant loading in combination with 
intermittent reduction of air fl ow rates during pollutant non-loading intervals.  

    3.4.6.4   Ultraviolet Pre-treatment/Bioreactor Combination 

 The presence of hydrophobic VOCs in waste-gas, at high loading rates, would 
severely induce toxic and inhibitory effects for standalone bioreactors, such as 
biofi lters, and biotrickling fi lters. Moussavi and Mohseni  (  2007  )  showed that UV 
photolysis can be used as the 1st stage system followed by a biofi lter for the removal 
of toluene and  o- xylene from polluted air. UV photolysis is an environmentally 
benign technology capable of oxidizing a wide range of contaminants using UV 
irradiation. However, the standalone use of UV photolysis for waste-gas treatment, 
depending on the chemical composition, is limited in application due to its tendency 
to produce water soluble by-products that are of environmental concern. Keeping 
this in mind, when a biofi lter or a biotrickling fi lter is placed downstream, the by-
products together with the non-treated air can be easily removed by the microbes 
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present in the bioreactor. The use of UV/bioreactor combination (Fig.  3.14 ) has 
been reported in few studies and synergistic effects in pollutant removal have been 
observed (Koh et al.  2004 ; Mohseni and Zhao  2006  ) . UV coupled biofi lter receiving 
pretreated  o -xylene was proven experimentally to exhibit greater EC values than 
those observed with standalone biofi ltration (Mohseni and Zhao  2006  ) . Moussavi 
and Mohseni  (  2007  )  showed that the two-stage system provided nearly 60% addi-
tional contaminant (toluene and  o- xylene) removal compared to the sum of that 
offered by UV and a reference biofi lter, and the maximum ECs in the coupled 
system were 45 and 50 g/m 3 .h, respectively, for toluene and  o- xylene. For practical 
purposes, it is advisable to use the UV pretreatment step only when it is desired. The 
UV lamps can be energized/turned-ON when the pollutant concentration is high, 
and during unexpected load fl uctuations. Our own experience suggests, however, 
that the effi ciency of using UV only is rather limited compared to a combined 
UV-TiO 

2
  system (non-published data). 

 Sometimes, depending on the waste-gas composition, bioscrubbers can also be 
combined with other treatment systems to improve performance. Hansen  (  1998  )  
used a sequence of bioscrubber and an adsorption fi lter to remove mixtures of 
hydrophobic and hydrophilic VOCs. Standefer and Willingham ( 1998 ) used a 
combination of bioscrubbers to handle 60,000 m 3  gas/h containing nitrogen com-
pounds, glycols, alcohols and aldehydes with a gas residence time less than 1 s. 
Their studies showed RE greater than 92% for readily soluble compounds, while 
RE ranged between 70% and 95% for other compounds. Beyreitz et al.  (  1989  )  used 
a biofi lter and bioscrubber individually to treat emissions from a paint booth that 
contained six VOCs at a total loading rate of 70 m 3 /m 2 .h. The results indicated that 
90% of the VOCs were removed in the biofi lter, whereas only 80% could be removed 
in the bioscrubber. They further concluded that bioscrubbers are attractive for the 
removal of hydrophilic compounds whereas biofi lters could be potentially put in use 
for hydrophobic compounds.   

    3.4.7   Foam-Emulsion Bioreactor 

 The mechanism of pollutant removal in a foam emulsion bioreactor (Fig.  3.15 ) is 
analogous to that of a two-liquid-phase reactor. The bioreactor consists of an emul-
sion of highly active pollutant degrading microorganisms and water-immiscible 
organic phase, which is made into foam by passing the waste-gas. The amount of 
organic phase is low and it uses a biocompatible surfactant for foam production 
(Shahna et al.  2010  ) . There are only a few reports on foam-emulsion bioreactor for 
waste-gas treatment, and these results suggest that the foam-emulsion bioreactors 
could be an interesting alternative to conventional biological treatment systems, if 
high performance is desired (Kan and Deshusses  2003,   2005,   2006 ; Shahna et al. 
 2010  ) . According to Kan and Deshusses  (  2005  ) , the foam is continuously collapsed 
and the cells with the emulsion are reused after the desired level of biotreatment is 
achieved in the reactor. Besides, the foam-emulsion bioreactor gave high oxygen 
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and pollutant mass transfer rates due to the large interfacial area between gas and 
liquid of the fi ne foam, and a high partitioning of pollutants into the organic phase.  

 For stable operation of the foam-emulsion bioreactor, foam stability, and cell 
activity are of prime importance. Besides, replacing and replenishing part of the 
culture would also be required to maintain high biodegradation activity and high 
pollutant removal in this reactor confi guration. During short-term experiments 
(2–8 h), for gas-phase toluene removal, the foam-emulsion bioreactor reached an 
EC of 280 g/m 3 .h, with 95% RE, at a gas residence time of 15 s, and still higher EC 
was reported (408 g/m 3 .h) with 77% RE, when pure oxygen was added to the inlet 
air stream (Kan and Deshusses  2003  ) . However, during long-term operations, the 
RE ranged from 89% to 94%, with EC value <226 g/m 3 .h. For long-term bioreactor 
stability, it has been suggested to operate the bioreactor by replacing 20% of the 
culture with a concentrated nutrient solution, so as to maintain optimal cell growth, 
activity and to avoid nutrient limitations.  

Foamed emulsion bed reactor

Polluted air

Liquid recycle

Foam

De-foaming unit

Treated air

Reservoir for liquid
collection/recycle

Liquid medium

  Fig. 3.15    Schematic of foam-emulsion bioreactor; the process relies on the emulsion of an organic 
phase with a suspension of an actively growing culture of pollutant-degrading microorganisms, 
made into a foam with the air undergoing treatment (Kan and Deshusses  2003  )        
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    3.4.8   Other Novel Bioreactor Confi gurations for Volatile 
Organic Compound Treatment 

 Gas-phase benzene, toluene, ethylbenzene and xylene, commonly reported as 
BTEX, are usually present in emissions from petrochemical and pharmaceutical 
industries. The deleterious effects of these aromatics are well documented in the 
literature, and several studies have demonstrated their toxic and carcinogenic health 
effects. Shim et al.  (  2002  )  inoculated a novel fi brous-bed bioreactor with a co-culture 
of  Pseudomonas putida  and  Pseudomonas fl uorescens , and studied the kinetics of 
BTEX biodegradation in liquid-phase. The authors observed that the biodegradation 
rates of BTEX increased with increasing BTEX concentration and reactor loading 
rate. The maximum biodegradation rates for BTEX observed in that study were the 
highest for toluene (45 mg/l.h at a loading rate of 100 mg/l.h), followed by benzene, 
ethyl benzene and xylene isomers. The authors reported that the fi brous-bed bioreactor 
also had a stable long-term performance, maintaining its cell activity for effi cient 
BTEX degradation without requiring additional nutrient source. The stable perfor-
mance was later attributed to the high biomass concentrations and unique cell 
immobilization characteristics provided by the fi brous matrix, which allowed use of 
the reactor for continued regeneration, adaptation and selection of effi cient BTEX 
degraders in the bioreactor environment. 

 Mudliar et al.  (  2008  )  described the operational characteristics of a novel single-
stage rotating rope biofi lter for the treatment of VOCs characterized by high volatil-
ity along with high water-solubility. The mechanism of VOC removal in this novel 
reactor combines both scrubbing and the biodegradation steps. A closed-type rotating 
biological reactor was modifi ed for this purpose. The waste air containing the VOC 
was directly sparged through the water hold-up of the reactor and the water soluble 
VOCs were then absorbed in the aqueous phase. The VOC was degraded by the 
microbial consortium immobilized on the rope media. The following are the advan-
tages of this reactor type, as reported by the authors; (i) high interfacial area per unit 
reactor liquid volume, (ii) high oxygen mass transfer rate, (iii) good microbial 
stability, and (iv) the ability to withstand high VOC loading rates.   

    3.5   Conclusions 

 The application of biological processes for waste-gas treatment has broadened due 
to the wide variety of cross-level research that has been carried out in recent years. 
Researchers have made successful attempts to study the mechanism of pollutant 
removal, fundamental microbial ecology in bioprocesses, the waste-gas fl ow pattern 
and other specifi c properties in detail, in different bioreactor confi gurations. This 
review shows that biological treatment systems can be more effective, reaching 
>90% removal effi ciencies, compared to physico-chemical techniques for handling 
moderately high loading rates of volatile organic/inorganic compounds present in 
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waste-gases. The novel bioreactors described in this review has shown to handle 
high loading rates of volatile organic compounds (example: gas-phase toluene, 
styrene) under both steady and transient-state operations, and can easily overcome 
operating problems like clogging, channeling, pH control and oxygen limitations 
experienced during biofi lter and biotrickling fi lter operation. For waste-gas stream 
containing mixtures of organic and inorganic pollutants, two-stage bioreactors have 
shown to perform better, as they are able to operate independently, using specifi c 
microorganisms that target these pollutants individually. The performance of sus-
pended-growth bioreactors for handling hydrophobic volatile organic compounds 
has improved tremendously in the last few years, thanks to the ability of the non-
aqueous organic phase that has almost completely eliminated the commonly reported 
mass transfer limitations. Further research should be directed towards developing 
bioreactors that can provide high interfacial area with high mass transfer rates, 
robustness for scale-up, tolerance to high temperatures, and can perform at very low 
gas-residence times (<15 s).      
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   Abstract   The European Water Framework Directive 2000/60 is one of the key legisla-
tions introduced for many years in water management and protection fi elds. The model 
of water management established by this directive is the river basin. There are a variety 
of indicators to defi ne the good ecological and chemical status, including a list of prior-
ity and emerging pollutants to monitor. Compounds in the directive list are organic 
pollutants, e.g. hydrocarbons, organochlorine compounds, organic solvents, pesticides 
and chlorophenol, toxic metals (Hg, Ni, Cd and Pb) and one organometallic compound 
(tributyltin). Other chemical compounds such as pharmaceuticals, hormones and endo-
crine disruptor have also become important emerging contaminants due to their pres-
ence in environmental waters, the threat for drinking water sources and the concern 
about their possible estrogenic and other effects. For these reasons, some of them have 
been included as emerging pollutants in the directive. Although this directive does not 
specify the analytical methods and procedures to be used, the results should come to an 
agreement no matter which method is used and regardless in which lab the analysis is 
carried out. Therefore, a large effort to validate and harmonize analytical methods is 
very required to assure the quality of the results. 

 Consequently, the implementation of robust analytical methods is still a challenging 
requirement. Among the different steps of the analytical procedure sample preparation 
is not only the a major source of uncertainties but also where the risk of artifacts and 
contamination is the highest. Different extraction techniques for the analysis of organic 
pollutants in water samples are being developed and optimized in order to automate 
and miniaturize the extraction step, using low volumes of solvents or even solventless 
procedures in order to pre-concentrate the analytes in the fi nal acceptor phase. 

 We review recent strategies for the analysis of organic pollutants in environmental 
water samples as alternative choices against the most classical liquid-liquid extraction 
or solid-phase extraction. Revised extraction techniques are classifi ed in two main 
groups: (i) sorptive extractions and (ii) liquid-liquid microextraction. Among sorptive 
extractions, solid-phase microextraction, stir-bar sorptive extraction and microextrac-
tion by packed sorbent are described. Cloud point extraction, single drop microextrac-
tion, membrane liquid-phase microextraction and dispersive liquid-liquid 
microextraction are included in the group of liquid-liquid microextraction techniques. 
Among membrane liquid-phase microextraction the use of both porous and non-
porous membranes is described. During the description of liquid-liquid microex-
traction techniques the use of ionic liquids is also mentioned due to the high number 
of applications found for both single drop microextraction and dispersive liquid-
liquid microextraction. We discuss the basics, advantages, drawbacks and applica-
tions of the techniques for the analysis of organic pollutants in environmental water 
samples, including river, estuarine water, seawater or wastewater.  
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  List of Abbreviations    

Chemicals and Compounds 

  Acronym Chemical
Meaning
[BMPL][PF3]    1-methylpyrrolidinium tris(pentafl uoroethyl)trifl uorophosphate   
  [C4MIM][PF3]    1-hexyl-3-methylimidazolium tris(pentafl uoroethyl) trifl uorophos-

phate   
  [C6MIM][PF6]    1-hexyl-3-methylimidazolium hexafl uorophosphate   
  [C8MIM][PF6]    1-octyl-3-methylimidazolium hexafl uorophosphate   
  [MC8IM][PF6]    1-methyl-3-octylimidazolium hexafl uorophosphate   
  [PH3T][PF3]    trihexyl(tetradecyl)phosphonium tris(pentafl uoroethyl)trifl uor-

sphosphate   
  4nP    4-nonylphenol   
  APs    alkylphenols   
  BPA    bisphenol-A   
  BTEX    benzene, toluene, ethylbenzene and xylenes   
  CAR    carboxen   
  ClP    chlorophenols   
  CW    carbowax   
  DBT    dibutyltin   
  DiEtHg    diethylmercury   
  DVB    divinylbenzene   
  ECDs    endrocrine disrupting chemicals   
  EME    electromembrane extraction   
  EtHg    ethylmercury   
  MBT    monobutyltin   
  MeHg    methylmercury   
  NPEs    nonylphenol ethoxylates   
  NPs    nonylphenols   
  OCP    organochlorine pesticide   
  OPP    organophosphorus pesticide   
  PA    polyacrilate   
  PAH    polycyclic aromatic hydrocarbon   
  PBBs    polybrominated biphenyls   
  PBDE    polybrominated byphenylether   
  PBDE    polybrominated diphenyl ethers   
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  PC    polycarbonate   
  PCB    polychlorinated byphenyl   
  PCDD    polychlorinated dibenzodioxins   
  PDMS    polidimethylsiloxane   
  PEEK    polyetheretherketone   
  PEs    phtalate esters   
  POP    persistent organic pollutants   
  PP    polypropylene   
  PS    polystyrene   
  PTFE    polytetrafl uoroethylene   
  PVDF    polyvinylidene difl uoride   
  SVOC    semi-volatile organic compounds   
  TBAB    tetrabutylammonium bromide   
  TBT    tributyltin   
  TD    thermal desorption   
  TMAH    tetrabutylammonium hydroxide   
  TMSPA    3-(trimethoxysilylpropyl) amine   
  TPhT    triphenyltin   
  TPR    template resin   
  VD-EPMS    vinylpyridine-ethylene dimethacrylate   
  VOC    volatile organic compounds     

 Techniques 

  CE-UV    capillary electrophoresis-ultraviolet detector   
  CF    continuous fl ow   
  CP    cloud-point   
  CPE    cloud point extraction   
  CRC    critical micellar concentration   
  CSM    cone shape   
  DAD    diode array detector   
  DD    drop-to-drop   
  DI-SBSE    direct immersion – SBSE   
  DI-SDME    direct immersion-single drop microextraction   
  dSPME    dual phase SPME   
  DI-SPME    direct immersion – SPME   
  DSD    directly suspended droplet   
  FTD    fl ame thermionic detection   
  GC    gas chromatography   
  GC/TOF-MS    gas chromatography/high-resolution time-of-fl ight mass spectrometry   
  GC-AED    gas chromatography with atomic emission detection   
  GC-ECD    gas chromatography-electron capture detector   
  GC-FID    gas chromatography-fl ame ionization detector   
  GC-FPD    gas chromatography fl ame photometric detection   
  GC-ICP-MS    gas chromatography inductively coupled plasma mass spectrometry   
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  GC-MS    gas chromatography-mass spectrometry   
  GC-MS/MS    gas chromatography tandem mass spectrometry   
  HF    hollow fi ber   
  HPLC-DAD    high-pressure liquid chromatography with diode array detector   
  HPLC-PAD    high performance liquid chromatography-photodiode array 

detector   
  HPLC-UV    high performance liquid chromatography-ultraviolet detector   
  HPLC-UV-ED    high performance liquid chromatography-ultraviolet detector-

electrochemical detector   
  HS    headspace   
  HS-LPME    headspace-liquid phase microextraction   
  HS-SDME    headspace-single drop microextraction   
  HSSE    headspace sorptive extraction   
  IL    ionic liquids   
  IL-DI-SDME    ionic liquid-direct immersion-single drop microextraction   
  IL-HS-SDME    ionic liquid-headspace-single drop microextraction   
  IPPC    integrated Pollution Prevention and Control   
  IT-SPME    in tube solid phase microextraction   
  LC-FLD    liquid chromatography lateral fl ow devices   
  LC-MS/MS    liquid chromatography-tandem mass spectrometry   
  LD    liquid desorption   
  LDPE    low-density polyethylene   
  LLE    liquid-liquid extraction   
  LLL    liquid-liquid-liquid   
  LPME    liquid phase microextraction   
  LVI    large volume injector   
  LVI-GC-MS    large volume injection gas chromatography mass spectrometry   
  MASE    membrane-assisted solvent extraction   
  MEKC-UV    micellar electrokinetic chromatography-ultraviolet detector   
  MEPS    microextraction in packed sorbents   
  MEPS-BIN    microextraction by packed sorbent-barrel insert and needle (BIN) 

device   
  MESI    membrane extraction with sorbent interface   
  MIP    molecular imprinted polymers   
  MMLLE    microporous membrane liquid–liquid extraction   
  MW-HS-SPME    microwave assisted headspace- solid phase microextraction   
  PTV    programmable temperature vaporisers   
  REACH    registration, evaluation, restriction and authorisation of chemicals   
  RP-LC    reverse phase liquid chromatography   
  SBSE    stir bar sorptive extraction   
  SCX    strong cation exchanger   
  SDME    single-drop microextraction   
  SLM    supported liquid membrane   
  SPME    solid phase micro-extraction   
  SPME-MC    solid phase microextraction-micellar desorption   
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  TD-GC-MS    thermal desorption-gas chromatography-mass spectrometry   
  TDU    thermal desorption unit   
  WFD    water framework irective     

    4.1   Introduction 

 Pollution of marine and freshwaters is a challenging issue that mobilizes a vast 
amount of scientifi c, technical and legal resources, not only to understand and miti-
gate the ecological integrity or health status, but also to harmonize the policy 
responses (Rapport et al.  1998  ) . As a matter of fact, since the fact that ecosystems 
are stressed by human activities is broadly accepted, developed societies are becom-
ing aware of the effects and consequences of the presence of xenobiotics in many 
environmental compartments (Reid et al.  2005  ) . 

 From the ecotoxicological point of view, the management of the environmental 
health issues requires the integration of several key actions that go from a deeper 
knowledge of toxicity mechanisms and biological responses to the standardization 
of the biological and chemical procedures (Lepom et al.  2009 ; Hansen  2007  ) . 

 Some of the policy responses that have been promoted in the European Union are 
the Drinking Water Directive (1998/83/EC), the Water Framework Directive 
(2000/60/EC) and the Marine Strategy Framework Directive (2008/58/EC) or even 
the Integrated Pollution Prevention and Control Directive (IPPC 2008/1/EC), in 
addition to the REACH regulation (1907/2006) and all the supporting background 
documents such as the list of priority pollutants (2455/2001/EC) or the environmen-
tal quality standards in the fi eld of water policy (2008/105/EC). 

 Generally speaking, the objectives of environmental analysis depend on the spe-
cifi c task considered, including regulatory requirements, routine monitoring, scien-
tifi c research, etc., which involves the development of appropriate analytical 
methods for fast and sensitive detection of priority substances (Coquery et al.  2005  ) . 
Anyhow, we should be aware of the uniqueness of most analyses due to the com-
plexity of many sample matrices, the unpredictability of the interferences, or the 
low or very low concentrations of many contaminants (Roose and Brinkman  2005  ) . 
These tight requirements have fostered unsurpassable analytical marks and the coining 
of the term “emerging contaminants” to mean unregulated chemicals. However, one 
drawback of this uniqueness of many tailor-made methods is that many compounds 
are overlooked or even ignored (Erickson  2002  ) . 

 Within the last decades several studies have revealed that organic trace sub-
stances suspected for ecological and health risks are increasingly detected in natural 
or treated water bodies (Farré et al.  2008  ) . These emerging contaminants, which 
have not been considered historically as pollutants, have now also become promi-
nent agents of concern to environmental scientists. For screening and monitoring 
programs with high sample throughput, automated, cost-effective and user-friendly 
strategies for water analysis are needed. Nevertheless, legal issues such as the Water 
Framework Directive, with challenging analytical requirements, are under scientifi c 
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query, among other reasons, due to the lack of knowledge on the fate and behaviour 
of contaminants in the environment (Vignati et al.  2009  ) . 

 The analytical methodology includes a tiered scheme of procedures, going 
from sampling to instrumental analysis. From the point of view of method devel-
opment the two key steps are the sample preparation and the instrumental analy-
sis. In fact, the determination of organic trace compounds in environmental 
aqueous matrices requires an extraction and pre-concentration step prior to the 
chromatographic separation and detection. There are many recent reviews dealing 
with these methods and especially the chromatographic separation and the mass 
spectrometric determination of priority and emerging contaminants (Richardson 
 2009,   2010  ) . 

 In this work we want to focus on the current development in the extraction pro-
cesses of priority and some emerging contaminants from aqueous media. It is well-
known that extraction methods are intended to either preconcentrate the analytes or 
to eliminate or simplify the sample matrix, getting rid of some of the matrix compo-
nents (Mitra  2003  ) . Some other minor applications include the adequation of the 
solvent to a given instrumental method or the purifi cation of the analyte for further 
characterizations. Nowadays, the extraction methods include the use of sorptive 
extraction systems such as solid phase micro-extraction (SPME), stir bar sorptive 
extraction (SBSE) or microextraction by packed sorbents (MEPS) and liquid 
phase microextraction (LPME). Most of those extraction methods will be reviewed 
paying special attention to the key aspects of method development and to their 
applications in environmental water analysis.  

    4.2   Sorptive Extraction 

 Sample preparation techniques based upon sorptive extraction, such as solid-phase 
micro-extraction (SPME), stir-bar sorptive extraction (SBSE) and microextraction 
by packed sorbent (MEPS) have proven to be innovative and environmentally 
friendly alternatives to more solvent consuming techniques, such as, liquid-liquid 
extraction (LLE) or solid-phase extraction (SPE). 

    4.2.1   Solid-Phase Micro-Extraction (SPME) and Stir-Bar 
Sorptive Extraction (SBSE) 

 The principles and applications of SPME and SBSE have been reviewed previously 
(Baltussen et al.  2002 ; Prieto et al.  2010a  ) . Briefl y, in SPME and SBSE the analytes 
are extracted from the aqueous matrix into a non-miscible liquid or solid polymer, 
mainly liquid polydimethylsiloxane (PDMS). PDMS is a very well-known station-
ary phase in gas chromatography (GC), thermally stable in a broad temperature 
range (−20°C to 320°C) and with remarkable diffusion properties. The major 
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 difference between SPME and SBSE relies on the amount of polymeric phase, 
which determines the extraction effi ciency. However, one signifi cant drawback of 
the increased fi ber capacity is the loss of selectivity, since not only the analytes but 
also most of the interferences are exhaustively extracted (Lord and Pawliszyn  2000  ) . 
In the case of SPME, the volume of the fi bre is usually 0.5  m L, while for SBSE the 
smallest stir-bar has roughly 24  m L. This means that for the commonest extraction 
setup, i.e. 10 mL of aqueous solution, the phase ratio (B = V 

sample
 /V 

polymer
 ) ranges 

from 400 (SBSE) to 20,000 (SPME). Therefore, while SPME is a micro-extraction 
technique, the recoveries are much higher when SBSE is used (see Fig.  4.1 ).  

 The sorptive extraction is controlled by the partition coeffi cient of the solute 
between the aqueous and sorbent phases (K 

s,w
 ). Recent studies have correlated this 

coeffi cient with the octanol-water distribution (K 
o,w

 ) when the sorbent phase is 
polydimethylsiloxane (PDMS), providing a good indication of the capabilities of 
extracting a given analyte (David and Sandra  2007 ; Kawaguchi et al.  2006b  ) . 

 With SPME and SBSE there are two experimental work regimes according to the 
sampling time: equilibrium and kinetic. In the fi rst case, if long extraction times are 
assured, the partitioning equilibrium between sample matrix and extraction phase is 
reached. In the second case, on the contrary, with very short extraction times a linear 
uptake is observed (Wells  2003  ) . In the fi rst approach, convection conditions do not 
affect the amount extracted and the extraction is limited the partition equilibria 
between the sample matrix and the sorptive phase. In the second approach, the 
extraction is interrupted prior to equilibrium and it is necessary to control the 
convection/agitation and the timing of the extraction must be constant in order to 
guarantee repeatable results (Lord and Pawliszyn  2000  ) . 

 When these two extraction techniques are compared one of the clearest differ-
ences is the availability of coatings that can be found. In the case of SPME there are 
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several coatings commercially available, such as PDMS, PDMS/divinylbenzene 
(DVB), polyacrilate (PA), carboxen/PDMS, carbowax(CW)/DVB, CW/template 
resin and DVB/carboxen/PDMS (Supelco  2004  ) , which allow a higher selectivity of 
SPME. There are several factors, however, that must be taken into consideration 
when selecting SPME sorbents: concentration levels, detection limits, physical char-
acteristics of the analytes and the resistance to high-temperatures, extreme pHs, salts 
or other additives (Wells  2003  ) . 

 On the contrary, one of the major drawbacks of SBSE is that only non-polar 
PDMS coated stir-bars are commercially available so far. PDMS provides low 
recoveries for polar analytes and often in situ derivatization (see Fig.  4.1 ) is necessary. 
In-house coatings try to solve this problem by preparing coatings with different 
polarities. Sol-gel technology, monolithic materials, among others, have been 
reported as different approaches to solve this problem (Liu et al.  2004a,   2005b, 
  2007 ; Huang et al.  2010 ; Bagheri et al.  2010 ; Guan et al.  2007 ; Wang et al.  2008 ; 
Yao et al.  2008 ; Bagheri et al.  2008  ) . 

 In the case of SPME, the coating can be placed on the outer surface of a fi bre or on 
the internal surface of a capillary tube as shown in Fig.  4.2a  (Wells  2003  ) . In SBSE the 
stir-bar (so-called “twister”) is coated with a polymer layer (see Fig.  4.2b ).  

    4.2.1.1   Method Development and Applications 

 SPME and SBSE consist of two principal steps: extraction and desorption. During 
the extraction step the polymer-coated fi bre or stir-bar is put in contact with the 
solutes by direct immersion (DI-SPME or DI-SBSE) or by headspace sampling 
(HS-SPME or HSSE). In the direct immersion mode (see Fig.  4.3 ) the coated fi bre 
or stir-bar is put in direct contact with the aqueous sample under controlled extrac-
tion conditions, while headspace extraction is performed by suspending the coated 
fi bre or stir-bar in the headspace of the vial, which allows a static contact of the 
polymeric phase with the vapour phase of the aqueous matrix (see Fig.  4.3 ). The DI 
mode is signifi cantly infl uenced by the sample matrix (Ho et al.  2008  ) , while the HS 
mode can prevent the matrix effects and allows modifi cation of the matrix without 
damaging the polymeric phase (Lord and Pawliszyn  2000  ) .  

  Fig. 4.2    Solid phase micro-extraction (SPME) coating on the internal surface of the fi bre or in the 
outer surface ( a ) and a stir-bar ( b )       
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  Fig. 4.3    Extraction steps in Solid phase micro-extraction (SPME): extraction in the immersed 
mode ( a ), extraction in the headspace mode ( b ), thermal desorption ( c ) and chemical desorption ( d )       

 The desorption step is another drawback of SBSE since the coated stir-bar can-
not be directly desorbed in a simple spilt/splitless injection port of a gas chromato-
graph. Hence, the extraction step is followed by a thermal (TD) or liquid desorption 
(LD) previous to the electrophoretic or chromatographic separation and detection. 
Most applications involve the use of TD, which does not require the use of organic 
solvents, in order to introduce quantitatively thermally stable volatile and semi-
volatile analytes to the gas chromatographic (GC) system (Baltussen et al.  2002  ) . 
TD occurs at temperatures in the 150–300°C range and guarantees that the whole 
amount of analyte extracted is introduced to the chromatographic system, improving 
method sensitivity. TD of SPME fi bres is accomplished in a simple split/splitless 
injector, whereas a thermal desorption unit (TDU) is necessary in the case of TD of 
stir-bars. A TDU consists of two programmable temperature vaporizers (PTV). 
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While the fi rst PTV is heated in order to desorb the solutes, the second PTV is kept 
cool (−150°C to 40°C) in order to cryofocus the desorbed analytes before entering 
the GC column, since TD of stir-bars can take up to 15 min. 

 The use of LD is the alternative to those thermally labile analytes and is generally 
coupled to liquid chromatography (LC), capillary electrophoresis (CE) or even GC 
if large volume injection (LVI) is used. In LD mode, the use of organic stripping 
solvents (such as acetonitrile, methanol or mixtures with water or aqueous buffers) 
is required to accomplish the chemical desorption. Due to the polarity of most of the 
stripping solvents used, LD mode is mainly useful for non-volatile and thermo-
labile compounds with an intermediate polarity (log K 

o,w
   »  2). 

 The goal of the sorptive-extraction method development relies on the optimiza-
tion of the factors affecting both the extraction and desorption steps as it has been 
already reviewed (Prieto et al.  2010a  ) . 

 Regarding the extraction, all the parameters that could affect the partition of 
the analytes between the two phases (i.e. sample volume, nature and volume of the 
sorptive phase, boundary layer, pH, salt concentration or the presence of phase 
modifi ers such as dissolved organic matter) would modify the extracted amount of 
analyte and therefore the recovery (Yang et al.  2008 ; Fattahi et al.  2007 ; Alzaga 
et al.  2003a ; Hernandez et al.  2007 ; Lin et al.  2003  ) . Additionally, the temperature 
is an important factor to control in the SPME and SBSE since it affects the partition 
coeffi cient and the time needed to reach the equilibrium (Farajzadeh and Hatami 
 2002 ; Lord and Pawliszyn  2000  ) . Therefore, the most studied variables are extrac-
tion time, pH adjustment, addition of an inert salt, addition of an organic modifi er, 
stirring rate, extraction temperature, sample volume and the nature and volume of 
the polymeric phase (Prieto et al.  2010a ; Vazquez et al.  2008  ) . 

 Regarding the desorption step, desorption time, desorption temperature and 
cryofocusing temperature (in the case of SBSE) are the most studied variables in the 
TD mode. For LD, on the contrary, stripping solvent nature, desorption time and 
desorption volume are the most frequently evaluated variables. 

 Both SPME and SBSE have been widely used for the extraction and pre-concentration 
of organic pollutants. Tables  4.1  and  4.2  summarize the applications found in the 
literature for the last decade.    

    4.2.1.2   Derivatization 

 Derivatization of the analytes is a common option to increase the chromatographic 
sensibility of organic polar compounds (Lord and Pawliszyn  2000 ; Dean  1998  ) . 
During sorptive extractions such as SPME and SBSE, derivatization can be per-
formed in different ways (see Fig.  4.4 ). In  in-situ  derivatization, the derivatization 
reagent is added to the sample, analytes are derivatized and then the sorptive extrac-
tion is carried out (in the DI or HS modes) (Olejniczak and Staniewski  2007 ; Pan 
et al.  1997 ; Prieto et al.  2010a  ) . Another option is  on-polymer  derivatization and, in 
this case, derivatization occurs on the polymer, which is put in direct contact with 
the derivatization reagent before or after the extraction process (Alzaga et al.  2003a ; 
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Meyers and Almirall  2005 ; Lee et al.  2007 ; Prieto et al.  2010a  ) . Finally, derivatiza-
tion can be carried out directly in the injection port of a GC during the desorption 
step (Alzaga et al.  2003b ; Alzaga and Bayona  2004  ) . In the case of SBSE, this latter 
derivatization mode is known as in-tube derivatization since the stir-bar and the 
derivatization reagent are loaded onto the desorption tube that is introduced in 
the TDU (Prieto et al.  2010a  ) .    

    4.2.2   Microextraction by Packed Sorbent (MEPS) 

 MEPS is a recently developed technique that was introduced by Abdel-Rehim 
(Abdel-Rehim  2003,   2004 ; Abdel-Rehim et al.  2004  )  in the fi eld of sample prepara-
tion. MEPS can combine sample processing and the extraction and injection steps 
in a fully automated way as an at-line sampling/injecting device to GC or LC 
(Jagerdeo and Abdel-Rehim  2009 ; Matysik and Matysik  2009 ; Morales-Cid et al. 
 2009 ; Schurek et al.  2008 ; Said et al.  2008  ) . MEPS is not only a miniaturized format 
of SPE which is able to handle sample volumes as small as 10  m L. This technique 
integrates the sorbent directly into the syringe but not in a separate column as in 
commercial SPE. Thus, a fully automated method using MEPS is a promising 
approach to reduce time and labor effort in sample preparation and analysis (Abdel-
Rehim et al.  2005,   2006a,   b,   c,   2007,   2008 ; El-Beqqali and Abdel-Rehim  2007,   a,   b  ) . 
The MEPS technique has been used to extract a wide range of analytes in different 
samples (biological, environmental, food and beverages) but mainly for the extraction 

  Fig. 4.4    Derivatization modes in sorptive extraction: in situ ( a ), on-polymer ( b ) and in-tube 
(SBSE) ( c )       

 



190 N. Etxebarria et al.

of drugs and metabolites from biological matrices (plasma, blood, urine) (Abdel-
Rehim  2004 ; Abdel-Rehim et al.  2004,   2006a,   b ; Jagerdeo and Abdel-Rehim  2009 ; 
Matysik and Matysik  2009  ) . 

 In MEPS approximately 2 mg of the sorbent is thermo packed inside a syringe 
(100–250  m L) as a plug or between the barrel and the needle as a cartridge 
(Fig.  4.5 ). Sample extraction and enrichment takes place on the sorbent bed. 
The bed can be packed or coated to provide selective and suitable sampling condi-
tions. Different sorbent materials such as silica based (C2, C8 and C18), carbon, 
polystyrene-divinylbenzene copolymer (PS-DVB), strong cation exchanger (SCX) 
or molecular imprinted polymers (MIPs) sorbents have been used. Thus, C2–C18 
phases are suitable for lipophilic compounds and, for polar compounds such 
as acidic and basic analytes, polymeric phases (PS-DVB, SCX) could be more 
selective.  

 Obviously, analytes can be extracted using different approaches but a brief 
scheme of the main extraction steps is presented in Fig.  4.6 . First, the sorbent is 
conditioned (elution solvent and water could be used) and the sample drawn through 
the sorbent by an autosampler. The extraction can be performed using two confi gu-
rations, which differ in sample volumes. Sample vials with volumes of 2 and 10 mL 
allow the extraction of different sample amounts despite the insertion depth of the 
MEPS syringe into the vial is limited. Thus, an 800- m L sample can be extracted 
from a 2-mL standard vial. On the other hand, the use of 10-mL vials enables to 
extract up to 2-mL of the sample.  

  Fig. 4.5    Scheme for a 
micro-extraction by packed 
sorbent (MEPS) syringe       
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  Fig. 4.6    Steps in MEPS extraction: ( a ) conditioning of the MEPS syringe, ( b ) sample is loaded 
into the MEPS syringe, ( c ) sample is washed, ( d ) the MEPS syringe is dried, ( e ) analytes are eluted 
in the optimum solvent, ( f ) the extract is injected in a GC injection port and ( g ) MEPS syringe 
is washed previous to the next extraction. MEPS: micro-extraction by packed sorbent, GC: gas 
chromatography       

 Two possible extraction modes can also be used for the extraction of the sample 
by means of the way of sample loading: multiple draw-eject cycle mode and, alter-
natively, an extract-discard mode has also been described (Moeder et al.  2010  ) . In 
the last mode, each sample aliquot is pumped only once through the MEPS-BIN 
(Microextraction by packed sorbent-barrel insert and needle (BIN) device) and the 
extracted sample portion is discarded into waste before the next aliquot from the 
sample is pumped. The solid phase is, then, washed to remove other interfering 
materials and dried drawing and pressing air through the sorbent at a chosen rate 
(empty vials can be used). Subsequently, the elution is carried out and the solvent 
injected directly into instrument’s injector. The process can be fully automated 
without any modifi cation of the instruments. After the extraction process, some 
wash cycles, each with the elution solvent, are used to clean the phase to avoid 
carryover. 

    4.2.2.1   Critical Steps in the Microextraction by Packed Sorbent Extraction 

 Besides sample load, elution/injection volume, drying step and carry over effects 
should be evaluated, as these have been found as critical steps for the MEPs extrac-
tion. In this sense, in a fi rst approach, an environmental method to determine poly-
cyclic aromatic hydrocarbons (PAHs) in water samples was developed (El-Beqqali 
et al.  2006  ) . The method used a draw-eject procedure for the extraction of the 
sample. On the contrary, at the extract-discard mode other applications can be found 
(Moeder et al.  2010  )  in which both extraction modes were evaluated. Therefore, 
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they found too many draw-eject cycles (about 170 for one analysis) were needed in 
order to reach an extraction yield >80% for most of the analytes but this demands 
the mechanical sensitive of the syringe plunger and shortens the lifetime of the 
MEPS syringe (Abdel-Rehim  2003  ) . 

 Besides, the fi ll/eject speed is crucial for the recovery of analytes. In this 
sense, high fi ll/eject speed values do not able adsorption of the compounds to 
MEPS and could cause poor recovery results and irreproducibility due to the bubble 
formation during the extraction/elution steps. 

 After the adsorption of compounds, the solid phase is washed and dried in order 
to avoid problems during the elution. Next, the analytes are eluted with an organic 
solvent (partially o totally miscible with water) such as methanol or LC mobile 
phase (10–50  m L) and then injected directly into the instrument’s injector. The pro-
cess can be fully automated. To reuse MEPS, the sorbent should be washed several 
times (3–15) with both the elution solvent and water solutions in order to eliminate 
carryover. This cleaning procedure removes most of the residual analytes and matrix 
components (Moeder et al.  2010 ; El-Beqqali et al.  2006  ) . 

 Not only the possibility of bubble formation during the loading sample and/or 
elution steps, but also the no possibility of on-line coupling with both liquid or gas 
chromatographic systems are some drawbacks of MEPS technique. The speed of 
plunger movement is also crucial for the recovery of analytes, but mainly in the case 
of off-line MEPS. Too high speed of movement does not enable adsorption of the 
analyte to MEPS and leads to poor recovery results, as mentioned before.  

    4.2.2.2   Applications and Future Perspectives 

 MEPS have been applied for the extraction of many drugs from biological samples 
but only a few applications can be found in the literature in the environmental fi eld. 
The different contaminants extracted by MEPS from aqueous samples and the 
main characteristics and results obtained in the developed analytical methods are 
summarized in Table  4.3 .  

 A higher selectivity could be obtained using a molecularly imprinted polymer 
(MIP) material. The superiority of MIPs as selective SPE sorbents for environ-
mental analysis of different compounds has been demonstrated but, however, the 
use of MIPs as selective packing material for MEPS has not been developed yet 
in environmental applications. A critical point of the use of MIPs is their low 
capacity. Therefore, some features still need improvement. Currently, the MIPs 
used for SPE are typically prepared by a noncovalent imprinting technique, which 
gives quite low yields of specifi c binding sites. This results in low sample load 
capacity and high nonspecifi c binding. In this sense, the main advances expected 
in development of new MIP synthesis methods are the improvement of their 
capacity and selectivity (Nováková and Vlčková  2009  ) . These tasks could be the 
basis for further studies on the application of MIPs as sorbents for online-MEPS 
procedures.    
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    4.3   Liquid-Liquid Microextraction 

 Liquid-phase microextraction (LPME) is a simple liquid-liquid extraction (LLE) 
which uses only a few  m L of acceptor phase in order to pre-concentrate the target 
analytes. Actually, the principles of LLE and the miniaturized nature of SPME are 
combined in LPME. Four main categories of LPME are found: (i) cloud-point 
extraction (CPE), (ii) single-drop microextraction (SDME), (iii) membrane liquid-
phase microextraction and (iv) dispersive liquid-liquid microextraction (DLLME) 
(Sarafraz-Yazdi and Amiri  2010 ; Lambropoulou et al.  2007 ; Pena-Pereira et al.  2010  ) . 

    4.3.1   Cloud Point Extraction 

 Cloud point extraction (CPE) is based on the phase separation behaviour exhibited 
by aqueous solutions of certain surfactant micelles. Surfactants or surface-active 
agents are amphiphilic molecules that contain a polar hydrophilic head and a non-
polar hydrophobic tail. While the head is an ionic or strongly polar group, in most 
cases, the tail is a linear or branched hydrocarbon chain with different carbon atoms 
that can be linear or branched and that can also contain aromatic rings. Above a mini-
mum concentration, named critical micellar concentration (CRC), the hydrophobic 
tails tend to form aggregates called micelles. These uniquely organized structures 
have the capacity to solubilize solutes of different type of character and nature since 
the interaction between the analyte and the micelle can be electrostatic, hydrophobic 
or a combination of both (Xie et al.  2010 ; Sosa Ferrera et al.  2004 ; Rubio and Perez-
Bendito  2003 ; Carabias-Martinez et al.  2000 ; Tani et al.  1997 ; Khammas  2009  ) . 

 When a micellar solution of a surfactant is heated above a certain temperature 
(known as cloud-point, CP), the solution becomes turbid. Above the CP, the single 
isotropic micellar phase separates into two isotropic phases. One of the phases is 
rich in surfactant (“surfactant-rich phase”) and is separated from the bulk aqueous 
solution, in which the concentration of surfactant is close to the CRC. Under opti-
mal extraction conditions, the small volume surfactant-rich phase will contain the 
target analytes. The small volume of the surfactant rich phase allows the one-step 
extraction and pre-concentration of organic compounds prior to gas or liquid chro-
matographic analysis (Xie et al.  2010 ; Sosa Ferrera et al.  2004 ; Rubio and Perez-
Bendito  2003 ; Carabias-Martinez et al.  2000 ; Tani et al.  1997  ) . 

 The CP temperature depends on the structure of the surfactant and on its concen-
tration and can be modifi ed after the addition of salts, alkalis, acids, polymers, urea 
and other surfactants. The ionic strength not only alters the CP temperature but also 
facilitates the separation of the two phases since the density of the aqueous phase 
changes. Centrifugation can be used to speed up the separation of the two phases 
(Sosa Ferrera et al.  2004  ) . 

 The CPE steps are the following (see Fig.  4.7 ): (i) addition of surfactant to the 
aqueous solution, (ii) alteration of temperature to separate the surfactant-rich phase 
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  Fig. 4.7    Scheme of the steps in cloud point extraction (CPE): ( a ) the initial aqueous solution 
containing the organic pollutants, ( b ) the addition of the aqueous micellar solution, ( c ) formation 
of the water insoluble chelates and ( d ) separation of both phases. The organic chelates are concen-
trated in a small volume of the surfactant-rich phase and separated from the aqueous phase       

and the bulk aqueous phase and (iii) direct introduction of an aliquot of the surfactant-
rich phase into the separation system or after a conditioning step (Sosa Ferrera 
et al.  2004  ) . Depending on the density of the surfactant-rich phase, it can be either 
at the bottom or at the top. Actually, one drawback of CPE is that the surfactant-
rich phase where the analytes are pre-concentrated is so viscous that it can only be 
injected into the instrument for analysis after dilution in aqueous or organic solvent 
(Xie et al.  2010  ) .  

 Surfactants are classifi ed as non-ionic, zwitterionic, cationic and anionic, 
although, up to now, the applications of cationic surfactants in CPE are scarce (Xie 
et al.  2010  ) . 

 In most cases CPE is coupled with reverse-phase high performance liquid chro-
matography (RP-LC) since the surfactant-rich phase obtained during the extraction 
process is compatible with the mobile phases used in RP-LC. However, the cou-
pling of CPE to GC is not direct, up to date, since the viscous and low-volatility 
surfactant-rich phase can block GC columns. Therefore, an extra step is introduced 
between the CPE step and GC analysis, which consists either on a back extraction 
into an organic solvent compatible with GC or on a normal-phase solid phase extrac-
tion clean-up. Therefore, it could be concluded that the coupling of CPE and GC is 
not straigthtforward and more complicated analysis procedures are necessary. 
Finally, although the use of surfactants in CE is a normal practice, the use of CPE as 
sample pre-concentration before CE is not extensive (Xie et al.  2010 ; Khammas 
 2009 ; Carabias-Martinez et al.  2003  ) . 
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 Among the variables studied during CPE the surfactant type and concentration, 
ionic strength, pH and equilibration temperature and time can be mentioned. It has 
been observed that the smaller the surfactant concentration, the higher the concen-
tration factor; however, when the volume of the surfactant is very small accuracy 
and reproducibility suffer. Thus, a balance between surfactant concentration and 
volume is required. Ionic strength alters the density of the aqueous phase for most 
non-ionic surfactants and facilitates phase separation. Besides, the ionic strength 
can alter the CP temperature of non-ionic surfactants and contribute to the salting-
out salting-in effect of the analytes. In the case of pH, its effect depends on the 
characteristics of both surfactant and analyte. The neutral form of the analytes inter-
acts more strongly with the micellar aggregates and, thus, the pH should be adjusted 
in order to ensure that the analytes are in a neutral form before CPE. For zwitteri-
onic surfactants pH has no signifi cant effect, except at very acidic media, while for 
anionic and cationic surfactants pH has a great effect. Optimal equilibration tem-
perature occurs when temperature is 15–20°C above the CP temperature of the 
surfactant. At lower temperatures, the phase separation does not occur, whereas 
higher temperatures may lead to the degradation of the analyte. Finally, the kinetics 
of extraction is very rapid and 10–20 min are suffi cient for good extraction in most 
of the cases. Besides, centrifugation can accelerate equilibration time (Xie et al.  2010 ; 
Sosa Ferrera et al.  2004 ; Carabias-Martinez et al.  2003  ) . In contrast with other extrac-
tion techniques where the addition of organic solvents such as methanol is studied in 
order to avoid the adsorption of analytes onto the extraction vessel walls, this is not 
necessary in CPE since the use of micelles avoids these adverse phenomena. 

 Applications of CPE to the determination of priority or emerging pollutants are 
listed in Table  4.4 . Most applications are related to the analysis of PAHs, although 
applications to phenols, chlorophenols, polybrominated diphenyl ethers (PBDEs), 
polychlorinated dibenzodioxins (PCDDs), organophosphorus pesticides (OPPs), 
estrogens and hydrazine pesticides can also be found.   

    4.3.2   Single Drop Microextraction 

 SDME is based on the preconcentration of target analytes in a small volume 
(0.5–3  m L) of organic solvent, aqueous solutions or ionic liquid (IL). In this sense, 
SDME is considered to be the basic liquid-liquid microextraction technique 
(Sarafraz-Yazdi and Amiri  2010 ; Nerin et al.  2009 ; Psillakis and Kalogerakis  2002 ; 
Xu et al.  2007 ; Lambropoulou et al.  2007  ) . 

 Equilibration times, which range from seconds to hours, can happen in SDME, 
depending on the target analyte. In any case, regardless the sampling regime (i.e. 
equilibrium or kinetic), the extraction process is not usually exhaustive. In those 
cases in which the amount of extracted compound is negligible, several extractions 
can be performed on the same sample, as mentioned before for sorptive extraction 
(Jeannot et al.  2010  ) . 
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    4.3.2.1   Single Drop Microextraction Modes 

 So far, up to seven different modes of SDME are found in the literature (DI, HS, 
continuous fl ow (CF), drop-to-drop (DD), directly suspended droplet (DSD), 
liquid-liquid-liquid (LLL) and a combination of LLL and DSD). However, 
DI-SDME and HS-SDME are the most frequently found in the bibliography (38% 
and 41%, respectively), since they do not require extra-equipment (i.e., pump in CF) 
and are applied to the widest range of analytes (Sarafraz-Yazdi and Amiri  2010 ; Xu 
et al.  2007 ; Lambropoulou et al.  2007 ; Jeannot et al.  2010  ) . 

 In DI-SDME the solvent drop is in direct contact with the aqueous solution and, 
therefore, the extraction solvent must be immiscible in water. Therefore, in DI-SDME 
the acceptor solvent is limited to non-polar or slightly polar organic solvents and ILs. 
In this sense, DI-SDME is limited to semi-volatile non-polar or slightly polar com-
pounds, since volatile compounds are better extracted in the HS mode. The most 
used solvents are n-hexane and toluene followed by, in many cases, GC analysis. 
When LC is used after DI-SDME, solvent exchange from non-polar to polar is nec-
essary, unless an IL was used for pre-concentration (Jeannot et al.  2010  ) . 

 In HS-SDME the acceptor solvent is placed in the headspace of the extraction 
vial and, in this sense, there are no restrictions on the nature of the extraction 
solvent. However, solvents with a high vapor pressure (mostly preferred for GC 
analysis) evaporate too quickly during HS-SDME and, thus, low vapor pressure 
solvents are preferred. In this sense, the vapor pressure of the solvent is the primary 
consideration in order to study the best acceptor phase rather than the extraction 
effi ciency. The organic solvents mainly used are 1-octanol, hexadecane, dodecane 
and decane, but polar solvents, including ILs, aqueous solutions and even pure 
water, can be used. Therefore, HS-SDME is applicable to both polar and non-polar 
compounds, volatile or semi-volatile (Xu et al.  2007 ; Lambropoulou et al.  2007 ; 
Jeannot et al.  2010  ) . Additionally, non-volatile matrix interferences are reduced (Xu 
et al.  2007 ; Jeannot et al.  2010  ) , as mentioned for HS-SPME and HSSE. GC is also 
the preferred separation technique in HS-SDME. 

 The fi rst works on SDME were carried out by Liu and Dasgupta  (  1996  ) , where a 
micro-drop of organic immiscible solvent was suspended in a larger aqueous drop, 
and at the same time by Jeannot and Cantwell  (  1996  ) , who suspended a micro-drop 
at the end of a Tefl on rod. The problem with these two approaches was that the 
extraction and injection were performed separately. Thus, Jeannot and Cantwell sug-
gested the use of a microsyringe to suspend the drop (Jeannot and Cantwell  1997  ) . 

 Both DI-SDME and HS-SDME can be performed in the dynamic mode and, in 
this case, not only the sample is stirred but also the extracting solvent is in motion in 
order to improve mass transfer and, thus, extraction effi ciency (He and Lee  1997  ) . 
The dynamic mode can, as well, be performed with both unexposed and exposed 
drops. In the unexposed or in-syringe mode (see Fig.  4.8 ), the extraction solvent with 
a small volume of the sample (1–3  m L) is withdrawn into the syringe needle, held for 
a time and then the sample is expelled. This cycle is repeated from 30 to 90 times. 
The in-syringe mode should be termed dynamic LPME since a drop confi guration is 
not involved. In the exposed-drop, the drop is exposed to the sample, withdrawn into 
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  Fig. 4.8    Dynamic liquid phase micro-extraction (LPME): ( a ) the acceptor solvent within the 
syringe plug, ( b ) small volume of the sample is withdrawn into the syringe and held for a time and 
( c ) the acceptor phase is enriched with the analytes and the sample expelled       

the needle for a specifi ed time and expelled out to the needle tip again (Xu et al. 
 2007 ; Lambropoulou et al.  2007 ; Jeannot et al.  2010  ) . During dynamic HS-LPME 
vapor pressure problems are overcome and the selection of organic solvent is more 
fl exible than previously mentioned for static HS-SDME (Xu et al.  2007  ) .   

    4.3.2.2   Ionic Liquids 

 As previously mentioned, ILs are found among the acceptor phases used in SDME. 
ILs are low-temperature melting salts that form liquids composed entirely of ions. 
Although the term IL was fi rstly used to include all types of thermally stable organic 
and inorganic melts, the emphasis has changed to low-melting point, organic, air 
stable salts with wide temperature-stable liquid ranges. The main types of room 
temperature ILs are alkylammonium, tetraalkylammonium, tetraalkylphosphonium, 
1,3-dialkylimidazolium, and N-alkylpyridinium salts formed with weak nucleophilic 
anions such as bis(trifl uoromethylsulfonyl)imide, hexafl uorophosphate, tetrafl uo-
roborate, perfl uoroalkylsulfonate, etc. According to some authors ILs can be considered 
as environmentally friendly (Poole and Poole  2010 ; Aguilera-Herrador et al.  2008b  ) . 
The most direct form of analysis of ILs extracts is LC but the coupling to GC is 
more troublesome since ILs should not enter the capillary column used in GC. For 
the coupling of IL-SDME with GC different approaches have been used. For 
instance, Aguilera-Herrador et al. (Aguilera-Herrador et al.  2008b  )  developed an 
interface which consisted in an injection zone, a removable unit and a transfer line 
for the direct coupling of ionic liquid based SDME (IL-SDME). Zhao et al.  (  2009a  )  
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used a homemade tube that was introduced in a glass injector insert of a GC for the 
IL-HS-SDME of chlorobenzene derivatives. Finally, Chisvert et al.  (  2009  )  used a 
commercially available TDU for TD-GC-mass spectrometry (TD-GC-MS) analysis 
of chlrobenzenes in water samples. Some applications of ILs in SDME are included 
in Table  4.5 .   

    4.3.2.3   Single Drop Microextraction (SDME) Development and Applications 

 During SDME development the most frequently studied variables are common to 
other extraction techniques such as inert salt addition, pH adjustment, agitation of 
the sample, extraction solvent nature, extraction time or volumes of donor and 
acceptor phase solutions (Psillakis and Kalogerakis  2002 ; Lambropoulou and 
Albanis  2007  ) . High stirring rates improve mass transfer. However, in DI- SDME 
high stirring rates cause droplet instability (Psillakis and Kalogerakis  2002 ; Xu 
et al.  2007  ) . Organic drop volume is a characteristic variable during SDME optimi-
zation. The use of a large organic drop results in an increase of the extraction 
effi ciency, whereas larger drops are more diffi cult to manipulate and less reliable. 
Besides, large injection volumes cause band broadening in capillary GC. In this 
sense, approx. 1  m L organic drop volume is commonly used (Psillakis and 
Kalogerakis  2002  ) . Extraction temperature is studied in HS-SDME in order to 
accelerate the mass transfer from the sample to the headspace. However, high 
temperatures decrease the organic solvent-headspace distribution coeffi cient and, 
therefore, a consensus is needed. In more sophisticated systems HS-SDME can be 
performed with solvent cooling (Yamini et al.  2004  ) . 

 During SDME it is advisable to wash the syringe several times with the extrac-
tion solvent in order to eliminate air, since the presence of air bubbles can change 
the rate of extraction and give raise to non-reproducible results. Besides, precision 
is improved when the drop is placed in a reproducible and stable position (Psillakis 
and Kalogerakis  2002  ) . 

 During SDME development it should be considered that there are two types of 
GC syringes, those where the plunger of the syringe is a wire inside the needle itself, 
and those where the plunger is a wire inside the glass barrel of the syringe. In the 
latter case, there is an extra or dead volume of solvent contained within the needle 
that is always retracted and not taken into account. This dead volume should be taken 
into account when conducting extraction rate experiments where the calibration 
standards are directly prepared into the solvent (Psillakis and Kalogerakis  2002  ) . 

 Applications of SDME to priority or emerging pollutants are included in Table  4.5 .   

    4.3.3   Membrane Liquid-Phase Microextraction 

 Membrane liquid-phase microextraction was introduced years ago as a simple and 
inexpensive alternative to traditional liquid-liquid extraction (LLE) methodology 
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and its development is still ongoing. The extraction takes place between the aqueous 
sample (donor phase) and a microvolume of acceptor phase, protected by a mem-
brane that avoids the mixture of the two phases and acts as a selective barrier 
between the phases (Psillakis and Kalogerakis  2003b  ) . The main advantages over 
conventional LLE are the avoidance of emulsion formation, the lack of the phase 
separation step and the use of modules with a high surface-area-to-volume ratio 
(Moreno Cordero et al.  2000  ) . 

 There are two main categories depending on the nature of the membrane: porous 
or non-porous membrane techniques. 

    4.3.3.1   Porous Membranes 

 When using porous membranes two techniques can be distinguished: (i) supported 
liquid membrane (SLM) extraction and (ii) microporous membrane liquid–liquid 
extraction (MMLLE). 

 SLM (see Fig.  4.9b ) are three-phase extraction systems with an organic phase 
immobilized in a porous hydrophobic membrane separating two aqueous phases (Zorita 
et al.  2007  ) . The analyte is fi rst extracted into an organic solvent that impregnates the 
walls of the membrane, and then back-extracted into an aqueous acceptor solution 
adjusted to an adequate pH, depending on the acidic properties of the analytes. These 
three-phase systems have been shown to provide high selectivity, clean extracts, and to 
facilitate trace analysis by removing interferences and increasing the concentration of 
analytes to measurable levels (Jönsson and Mathiasson  1999  ) .  

 MMLLE is a two-phase membrane extraction technique with one aqueous sam-
ple and an organic acceptor phase inside the microporous membrane (see Fig.  4.9a ), 
where the same organic liquid is immobilized in the membrane pores. SLM is 
mainly used for the analysis of acidic or basic polar compounds that are easily pro-
tonated and often have low log K 

ow
  (Yamini et al.  2006 ; Kou et al.  2004  ) , while 

MMLLE best suits the extraction of neutral and/or more hydrophobic organic com-
pounds with high partition coeffi cients to the organic phase (Jönsson and Mathiasson 
 2000 ; Fontanals et al.  2006  ) . 

  Fig. 4.9    Technical set-up for membrane based liquid phase micro-extraction (LPME): ( a ) 2-phase 
confi guration, used for both porous ( MMLLE ) and non-porous membranes ( MASE ), and ( b ) 
3-phase confi guration for (SLM) extraction. SLM: supported liquid membrane        
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 The most commonly used porous hydrophobic membranes are polypropylene 
(PP), polytetrafl uoroethylene (PTFE) and polyvinylidene difl uoride (PVDF) 
(Jönsson and Mathiasson  2000  ) . PP membranes are much highly desirable as they 
provide unique suitability and performance for analyte extraction in terms of high 
porosity that can enhance mass transfer, compatibility and stability when used with 
wide range of organic solvents (Barri and Jönsson  2008  ) . The main advantages of 
microporous membrane-based extraction techniques are high analyte capacity 
(collection in a liquid instead of adsorption), nearly total avoidance of organic sol-
vent, easy handling and low analysis costs (Fernandez Laespada et al.  2001  ) . 

 Several confi gurations have been applied, like fl at sheet, spiral wound and 
hollow fi ber (either rod-like or U-shaped) (Jönsson and Mathiasson  2001  ) . Hollow 
fi ber based SLM, also termed as hollow fi ber liquid phase microextraction 
(HF-LPME), is the most popular and stable (He et al.  2004  ) . It can be performed in 
both SLM and MLLE techniques and in two modes, static and dynamic. In the static 
mode, the HF is supported by a guiding tube into the sample, while in the dynamic 
mode, a conventional microsyringe with the HF attached to its needle is connected 
to a syringe pump to perform the extraction, as mentioned before for dynamic 
SDME (Basheer and Lee  2004  ) . Dynamic extraction was claimed to provide better 
extraction effi ciency and improved reproducibility when compared to the static 
mode (Sarafraz-Yazdi and Amiri  2010  ) . 

 While enrichment, clean-up and low solvent consumption are the major advan-
tages of the membrane based LPME and relatively long extraction times is perhaps 
the major disadvantage, due to passive diffusion as transport mechanism. However, 
the kinetics of the membrane was recently improved by application of an electrical 
potential difference over the SLM. This system was called electromembrane extrac-
tion (EME). One electrode is placed in the donor solution and the second one in the 
acceptor phase, promoting electrokinetic migration of the ionized analytes across 
the SLM. The use of these electrical potentials leads to shorter extraction time and 
to mass transfer strongly dependent on the compound, i.e. highly selective extrac-
tion to a large extent controlled by the extraction time (Pedersen-Bjergaard and 
Rasmussen  2008 ; Kjelsen et al.  2008 ; Gjelstad et al.  2007  ) .  

    4.3.3.2   Non-porous Membranes 

 On the other hand, membrane-assisted solvent extraction (MASE) or membrane 
extraction with sorbent interface (MESI) utilizes non-porous membranes. MASE, 
composed of three-phase aqueous–polymeric–organic system, involves no organic 
solvent deliberately immobilized in the polymeric material, but instead the organic 
solvent constitutes the acceptor side of the membrane (see Fig.  4.9a ). The main dif-
ference between MASE and microporous membrane extraction techniques is that 
the membrane used in MASE is a low-density polyethylene (LDPE), dense PP, 
PDMS silicone rubbers and asymmetric composite polymeric membranes that are 
composed of a thin layer of silicone and another layer of polycarbonate (PC) or a 
relatively thick support layer of porous PP. By using nonporous polymeric membranes, 
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the analyte extraction rate (permeability) is governed by a solution-diffusion mech-
anism that highly depends on the analyte solubility and diffusivity into the mem-
brane material. Normally, nonpolar solvents are used, like heptane, hexane and 
cyclohexane (Hauser and Popp  2001b  ) . After extraction, the organic solvent is usu-
ally collected for LVI into the GC instrument (Schellin and Popp  2003 ; Schellin and 
Popp  2006 ; Schellin and Popp  2005 ; Hauser et al.  2004  ) . MASE has been proven to 
be an extremely simple, low cost and virtually solvent-free sample preparation 
technique, which provides a high degree of selectivity and enrichment by additionally 
eliminating the possibility of carryover between runs (Almeda et al.  2007 ; Marsin 
Sanagi et al.  2007  ) . 

 Another application of non-porous membranes is MESI, an aqueous–polymeric–
gaseous system (Luo and Pawliszyn  2000  ) , operated in HS or DI sampling modes. 
The analytes from the aqueous sample diffuse through the nonporous polymeric 
membrane into the gaseous fl owing stream on the other side of the membrane. The 
MESI technique uses also membranes made of silicone rubbers (PDMS) (Matz 
et al.  1999 ; Guo and Mitra  2000  ) , PDMS–PC copolymer (Yu and Pawliszyn  2004  )  
or Nafi on (Shen and Pawliszyn  2001  ) . MESI has limited applicability: analysis of 
volatile or semi-volatile organic compounds (VOCs and SVOCs) in aqueous and 
mainly air samples, due to the high permeability of this class of compounds and the 
unique selectivity provided by the silicone membranes. One of the limitations of 
MESI is that the technique is not applicable for extraction of polar and nonpolar, 
nonvolatile compounds, owing to permeation and trapping problems in the membrane 
system (Barri and Jönsson  2008  ) . 

 In general, the main advantage of liquid homogeneous membranes as compared 
with polymeric membranes is the greater transport velocity through them, due to the 
great diffusivity of species in a liquid medium. Additionally, in these membranes it 
is easier to incorporate carriers to selectively increase the permeability of certain 
species, giving rise to facilitated or coupled transport processes. However, the mem-
brane lifetime is usually longer for polymeric membranes, due to solvent leakage 
out of the liquid membranes, which becomes more pronounced as the polarity of the 
solvent increases; n-undecane and di-n-hexylether have shown the best stabilities 
(Moreno Cordero et al.  2000  ) . Two other general advantages are ease of automation 
and amenability to coupling to analytical instruments on-line or in-line. In contrast, 
disadvantages inherent in the nature of the membrane system are that only some 
analyte classes can be processed simultaneously and a number of optimisation 
experiments must be often performed before practical problems can be addressed. 
Typically low stability of membranes and the long times required to extract analytes 
present at low concentrations are other alleged disadvantages (Arce et al.  2009  ) .  

    4.3.3.3   Method Development and Applications 

 Most of the variables affecting membrane liquid-phase microextraction are common 
to other pre-concentration techniques and include volume of the donor phase, pH of 
the aqueous solution, addition of inert salts to modify the ionic strength, extraction 
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temperature or extraction time. Other variables such as the nature of the membrane 
or the nature and volume of the extraction solvent are more characteristic of these 
membrane-based extraction procedures (Psillakis and Kalogerakis  2003a  ) . 

 From a technical point of view, membrane based liquid extraction techniques 
enable a high degree of fl exibility, providing compatibility with GC, HPLC, CE and 
MS. They have been often applied to the analysis of several priority and emerging 
pollutants in water samples (Table  4.6 ).    

    4.3.4   Dispersive Liquid-Liquid Phase Microextraction 

 DLLME was developed in 2006 by Rezaee et al. as a novel technique for the extraction 
of compounds from aqueous samples (Rezaee et al.  2006  ) . As mentioned in the 
introduction of LPME techniques, DLLME avoids the high consumption of organic 
solvents involved in classical extraction techniques (Herrera-Herrera et al.  2010  ) . 

 This technique, which allows the simultaneous extraction and concentration of 
analytes is based on the use of a ternary solvent system consisting of an aqueous 
phase, the sample from which the analytes are intended to be removed, and a mix-
ture of two organic solvents: one which is water-miscible and acts as a dispersing 
agent and the other which is water-immiscible but miscible with the dispersing 
agent and of higher density, the extractant agent. 

 The dispersant-extractant mixture is contacted with the aqueous phase within a 
conical tube and the formation of an emulsion is readily observed. This maximizes 
the interface between phases, thus promoting the rapid transition of the analyte 
between the sample and the extractant. 

 After centrifugation a separation into two phases is obtained:

   On the one hand, the extracting agent settles at the bottom of the conical tube due • 
to its greater density. This phase contains the extracted analytes and is known as 
the sedimented phase.  
  On the other hand, the aqueous sample in which the dispersing agent is dissolved.    • 

 Figure  4.10  shows a series of images corresponding to the different stages of 
DLLME.  

    4.3.4.1   Method Development and Applications 

 Some of the characteristic variables in DLLME are mentioned below:

   Extracting solvent selection • 
  The extracting agent must satisfy a number of prerequisites: it should have a 

density and low water solubility to enhance the deposit of the sedimented phase 
at the bottom of the conical vial by centrifugation; it should be able to extract 
the compounds of interest and a good chromatographic behavior, because it will 
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be usually injected directly into a GC system. The solvents most commonly used 
as extractants are halogenated hydrocarbons such as chloroform, carbon tetra-
chloride, trichloroethane, chlorobenzene, etc., although there are applications 
where carbon disulfi de (Rahnama Kozani et al.  2007  )  and ILs (Zhou and Ye  2008  )  
have been used. Typically, these solvents are used when the determination method 
is LC. The amount of extractant used is usually less than 200  m L, thus obtaining a 
very small drop of sedimented phase and achieving high enrichment factors.  
  Dispersing solvent selection • 

  The solvent used as a dispersant should be miscible with the extracting agent 
and the aqueous sample, leading to the formation of an emulsion when the 
dispersant-extractant mixture is added over the sample. This phenomenon causes 
a large increase of the contact surface between the sample and the extractant, 
favoring the passage of the analytes into the organic phase and increasing, there-
fore, the extraction effi ciency. The most commonly used solvents for this purpose 
are ethanol, methanol, acetone, acetonitrile and tetrahydrofuran.  
  Extracting and dispersing volumes • 

  The amount of extracting agent used has a great infl uence on the enrichment 
factor. An increase in the added volume causes an increase in the size of the 
sedimented phase, leading to a decreased concentration of the analyte in this phase. 
This reduction results in a decrease in the enrichment factor as the initial concen-
tration remains constant. The optimum quantity will be the one that generates a 
high enrichment factor and that is suffi ciently high to allow an easy manipulation 
of the sedimented phase. Quantities used are usually in the 20–100  m L range. 

  Fig. 4.10    Steps in dispersive liquid-liquid phase micro-extraction (DLLME): ( a ) water sample, 
( b ) addition of the disperser and extractant and formation of the cloudy solution, ( c ) extractant 
solvent droplet formation and ( d ) collection of the extractant solvent droplet       
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   Moreover, the amount of dispersing agent affects mainly the formation of the 
emulsion. The greater the dispersion degree, the better the contact between 
phases will be and the greater the extraction effi ciency. This volume may also 
affect, to a lesser extent, the size of the sedimented phase, so that both contribu-
tions are to be taken into account. For 10 mL samples, volumes from 0.5 to 
1.5 mL are normally selected.  
  Ionic strength • 

  The addition of salt to the sample tends to decrease the solubility of the analytes 
in this phase, favoring its passage to the organic phase (extractant) and thus 
increasing the extraction effi ciency. Yet, this often leads to an increase in the 
sedimented phase volume, which decreases the concentration of analytes in this 
phase. Therefore, the enrichment factor will be negatively affected. Therefore, 
special attention needs to be paid to both effects and choose the appropriate ionic 
strength. 

 Other variables such as the pH of the donor phase affect in the same manner as 
for the rest of the pre-concentration techniques mentioned above. On the other hand, 
it has been observed that the time for centrifugation, although a necessary step, is 
not signifi cant and most authors use values of less than 5 min. Finally, the extraction 
time is considered as the lapse between the injection of the extractant-dispersant 
mixture on the sample and the centrifugation. This parameter has little infl uence on 
the extraction effi ciency because the transfer of the analytes between the sample and 
the extractant occurs immediately after the dispersion and phase equilibrium is 
reached quickly (Montes et al.  2009a  ) . This feature is one of the most important 
advantages of DLLME over other microextraction techniques. 

 DLLME is a relatively recent technique. After a fi rst work in which the presence 
of PAHs in water samples was identifi ed in 2006 (Rezaee et al.  2006  ) , the same 
group continued with the study of other families of compounds such as organophos-
phorus pesticides (Berijani et al.  2006  ) , trihalomethanes (Rahnama Kozani et al. 
 2007  ) , chlorobenzenes (Kozani et al.  2007  )  and polychlorinated biphenyls (Rezaei 
et al.  2008  ) . 

 However, due to its operational simplicity, low cost and, above all, because it is 
a good alternative to conventional liquid extraction for the analysis of several fami-
lies of compounds in aqueous samples, with a negligible solvent consumption, it has 
become a very useful tool and there are many applications that have been published 
in the last 4 years. 

 Table  4.7  summarizes some of the characteristics of the application of DLLME 
to environmental aqueous samples with special focus on the analysis of priority and 
emerging organic pollutants.      

    4.3.4.2   Modifi cations and Enhancements 

 Like many good analytical methods, DLLME has also seen adaptations and improve-
ments. Among these, some of the most signifi cant consist on the elimination of the 
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dispersing phase and promoting analyte phase transfer by means of ultrasounds 
(Regueiro et al.  2008  ) , the solidifi cation of the organic phase and its remotion with 
a spatula (Sobhi et al.  2008  ) , the use of derivatization steps simultaneously with the 
extraction (Montes et al.  2009b ; Chiang and Huang  2008  ) , the use of liquid chroma-
tography as analytical technique instead of the more common gas chromatography 
(Li et al.  2008 ; Melwanki and Fuh  2008  ) , the use of ionic liquids (IL) (Zang et al. 
 2008 ; Fan et al.  2008 ; Pena et al.  2009  )  or the combination with other concentration 
and purifi cation steps such as solid phase extraction (SPE) (Fattahi et al.  2007 b; Liu 
et al.  2009a ; Montes et al.  2009a  ) .    

    4.4   Conclusion 

 As has been reviewed, there are several interesting alternatives to deal with the extrac-
tion of target analytes before taking them to the detection systems. Since the develop-
ment of analytical strategies emphasizes the holistic view of the analytical process, 
from the sample treatment method to the quantifi cation method, more than one fi t-for-
purpose method can be designed according to the requirements of the analysis, the 
instrumental facilities of the lab or the skills of the staff, to mention few of them. 

 Most of the extraction techniques can be seen as sophisticated variations of clas-
sical extraction procedures (i.e. liquid-liquid or solid-liquid extractions) and, on the 
whole, they offer a large variety of features to make them the chosen techniques for 
a given problem. Compared to the classical procedures, most of the methods pro-
vide added values in terms of throughput, effi ciency, selectivity, scale, etc. just 
because they can be easily automated, or we can use them in microanalysis. 

 One of the most remarkable trends of these techniques is the miniaturization of 
the extraction methods. This fact makes possible the (micro)-extraction of samples 
and in many cases the automatization of the processes. When the later feature is not 
accomplished, i.e. all the operations are done by hand, one of the most extended 
problems is the lack of repeatability. On the contrary, when the automatization has 
been implemented the problems arise with the technical requirements of the robotic 
devices (home-made solutions vs. commercial accessories; proprietary arrange-
ments, etc.) and the maintenance of the equipment. 

 One of the consequences of those trends is the life expectancy of the extraction 
techniques, especially the newest ones. As soon as the technique is matured and the 
applications are well established, as it can be the case of SPME or SBSE it is a ques-
tion of time to get robotic set-ups extended to most of the brands, and to incorporate 
some of the well-established methods to the offi cial ones. On the contrary, when the 
technique is too recent or the applications are not widely used, as it might be the 
MEPS or the membrane based extractions, it is hard to foresee the development of 
robotic systems or the incorporation to the offi cial methods. 

 Nevertheless, leaving aside the specifi c requirements of the offi cial methods (rug-
gedness, robustness, well validated methods, etc.), the development of new extraction 
methods and new applications in fi elds such as environment and toxicology, pharma-
cology and clinical analysis or food chemistry is still a challenge for researchers.      
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  Abstract   Amino acids, proteins, and peptides occur ubiquitously in natural waters. 
Although these nitrogen compounds are not directly toxic, harmful byproducts can 
be formed by reactions with chemical oxidants during water treatment processes. 
Chlorination and chloramination of water that contains amino acids and other natu-
rally occurring organic matter indeed produces toxic substances, often referred to as 
disinfection byproducts. The main advantage of using ClO 

2
  over other chlorine con-

taining disinfectants is that the formation of harmful trihalomethanes (THMs), such 
as chloroform, during water treatment processes is minimized. Because ClO 

2
  is an 

effective and promising alternative to other chlorine containing disinfectants, the 
chemistry of ClO 

2
  interactions between amino acids, proteins, and peptides should 

be thoroughly understood, to ensure the safety of potable water supplies. 
 This chapter presents an overview of the aqueous chemistry of ClO 

2
  and its reac-

tivity with amino acids, peptides, and proteins. The kinetics and products of the 
reactions are reviewed. Only a few amino acids have been reported to be reactive 
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with ClO 
2
 , and have been found to obey fi rst-order kinetics with respect to the 

concentration of each reactant. The second-order rate constants vary from 10 −2  to 
10 7  M −1  s −1  with an order of reactivity: cysteine > tyrosine > tryptophan > histidine 
> proline. Cysteine sulfonic acid and cystine are products of the oxidation of cysteine 
by ClO 

2
  in acidic and basic media, respectively. In reactions of histidine, trypto-

phan, and tyrosine with ClO 
2
 , different products are obtained depending on the 

molar ratios of ClO 
2
  and the individual amino acid. Products also vary depending on 

whether oxygen is present in the reaction mixture. With excess molar amounts of 
ClO 

2
  relative to amino acids, low molecular weight compounds are obtained. The 

oxidation of bovine serum albumin and glucose-6-phosphate dehydrogenase (G6PD) 
by ClO 

2
  suggests the denaturing of proteins through attack on tryptophan and 

tyrosine residues. This information is especially important with respect to an under-
standing of the inactivation of microbes by ClO 

2
 .  

  Keywords   Kinetics  •  Products  •  Degradation  •  Amino acids  •  Proteins  •  Peptides  
•  Chlorine dioxide  •  Disinfection  •  Chlorine dioxide  •  Disinfection byproducts  
•  Oxidation kinetics  •  Trihalomethanes  •  Water treatment  •  NDMA 
(N-nitrosodimethylamine)  •  Glutathione  •  Protein denturation  •  Cysteine  •  Tyrosine  
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  BSA    bovine serum albumin   
  DBPs    disinfection byproducts   
  DOC    dissolved organic carbon   
  G6PD    glucose-6-phosphate dehydrogenase   
  NOM    natural organic matter   
  PBS    phosphate buffer saline   
  THMs    trihalomethanes         

    5.1   Introduction 

    5.1.1   Amino Acids, Peptides and Proteins 
Found in Natural Waters 

 Amino acids are the building blocks of peptides and proteins and are characterized 
by a carboxylic acid group and an amino group, both bonded to the same carbon 
atom, referred to as the  a -carbon (Abdelmoez et al.  2007  ) . Amino acids are linked 
by peptide bonds to form either short chain peptides or longer chain polypeptides 
while the term protein is usually reserved for naturally occurring polypeptides 
that have defi nite three-dimensional structures under physiological conditions. 
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There are only 20 amino acids commonly found in proteins and all except for glycine, 
which has two hydrogen atoms bound to the  a -carbon, are L-isomers (Creighton 
 1993  ) . Proteins make up the majority of the dry mass of cells and play a major role 
in many biological processes (Alberts et al.  1994  ) . 

 In industry, amino acids have many uses and applications including taste enhance-
ment, animal feed, and medicinal uses and may therefore be found in industrial, 
commercial and domestic effl uents. Amino acids are also constituents of nitrogen 
containing organic compounds, such as humic substances and proteins which con-
tribute signifi cantly to the organic matter found in surface waters, wastewaters, and 
biosolids (Bader and Hoigne  1982 ; Simat and Steinhart  1998 ; Higgins et al.  2008  ) . 

 Amino acids are ubiquitous environmental constituents and have been found in 
diverse water sources (   Thurman 1985; Chinn and Barrett  1999,   2000  ) . In natural 
waters, amino acids typically account for 1–3% of the dissolved organic carbon 
(DOC) and the higher the level of DOC, the higher the concentration of amino acids 
which may occur as free amino acids, amino acids found as part of humic sub-
stances, or as bound amino acids e.g. part of polypeptides, proteins or other nitrog-
enous organic compounds (Thurman  1985  ) . In surface waters, free amino acids 
have been found in concentrations ranging from ng to  m g L −1 , while peptides and 
proteins were found at mg L −1  levels (Lytle and Perdue  1981 ; Thurman  1985 ; Duguet 
et al.  1988 ; Chinn and Barrett  1999,   2000  ) . The reported concentrations of total 
dissolved amino acids in shallow and deep groundwater as 20–100  m g L −1  and 
121–367  m g L −1 , respectively, with glycine, alanine, serine and aspartic acid domi-
nating both samples (Spitzy  1982  ) . The lowest average amino concentrations were 
determined in seawater and groundwater, followed in oligotrophic lakes, rivers, 
eutrophic lakes and marshes, while those waters with highest DOC levels, i.e. 
interstitial waters, had the highest levels (Thurman  1985  ) . 

 Amino acids are expressed as RCH(NH  
3
  +  )COOH, where based on the nature of 

the R groups, they may be classifi ed as aliphatic, aromatic, or sulfur-containing 
amino acids. Most of the free amino acids usually undergo ionization of the car-
boxylate and amino groups, which may be described as follows:

     ( ) ( )+ + + -Û + »3 3 a1RCH NH COOH H  RCH NH COO p 2K
   (5.1)  

     ( ) ( )+ - + -Û + » -3 2 a2RCH NH COO H  RCH NH COO p 8.7 10.5K
   (5.2)   

 Algal cells also contain a wide range of organic nitrogen compounds including 
proteins, polysaccharides, and amino sugars (Fimmen et al.  2008  ) . Extracellular 
enzymatic activity of these compounds produces amino acids and peptides, which 
are of great concern because of their contribution to the formation of disinfection 
byproducts (DBPs) (Lee and Westerhoff  2009  ) . Chlorination or chloramination of 
water that contains amino acids and humic substances have been shown to produce 
toxic cyanogen chloride (Stelmaszynska and Zgliczynski  1978 ; Pattison and Davies 
 2001 ; Karpel vel Leitner et al.  2002 ; Boreen et al.  2008 ; Huang et al.  2009  ) . 
Chlorination of aspartic acid, tyrosine and tryptophan has been shown to form 
dichloroacetonitrile (Trehy and Bieber  1981 ; Bieber and Trehy  1983 ; Trehy et al.  1986  ) . 
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Dissolved organic nitrogen substances can also react with chlorine to give 
organo-chloramines (Shang et al.  2005 ; Ramos et al.  2008  ) . 

 Peptides in water are of greater concern than free amino acids because chlori-
nated products of peptides are relatively more stable than chlorinated derivatives of 
amino acids (Margerum et al.  1994 ; Yang and Shang  2004 ; Abdelmoez et al.  2007 ; 
Na and Olson  2007  ) . For example, the half-life of chloroalanylphenylalanine was 
determined to be 111 h at pH 7.0 and 23°C (Na and Olson  2007  ) . Cyanobacteria 
produce various cyclic peptides in addition to toxic peptides such as microcystins 
(Stewart et al.  2008  ) , and their treatment with free chlorine and inorganic chloram-
ines produce DBPs. Chlorine dioxide (ClO 

2
 ) is an alternate oxidant that has attracted 

considerable attention (Sussman and Ward  1979 ; Aieta and Berg  1986 ; Lykins and 
Griese  1986 ; Graham et al.  1989 ; Myers  1990 ; White  1992 ; Narkis et al.  1995 ; 
Sutton et al.  2002  ) .  

    5.1.2   ClO 
2
  Aqueous Chemistry 

 Chlorine dioxide (ClO 
2
 ) in solution has been extensively used for the purifi cation 

and disinfection of drinking water, sterilization of medical devices, sanitization of 
food products, bleaching of paper, and the biocidal treatment of cooling water (Tsai 
et al.  1995 ; Kim et al.  1999 ; Gordon and Rosenblatt  2005  ) . The use of gaseous ClO 

2
  

has been shown to be effective in treating mold affected buildings and in deactivat-
ing  Bacillus anthracis  spores in governmental and commercial buildings (Southwell 
 2003 ; Buttner et al.  2004 ; Wilson et al.  2005  ) . The main advantage of using ClO 

2
  

over other chlorine containing disinfectants is that it controls the formation of harm-
ful trihalomethanes (THMs) when reacting with natural organic matter (NOM) 
(McVeigh et al.  1985 ; Lykins and Griese  1986 ; Gordon and Bubnis  1995 ; Long 
et al.  1997  ) . For example, chloroform formation is signifi cantly reduced when water 
is treated with ClO 

2
  as compared to Cl 

2
  (Fig.  5.1 ). Other halogenated organic 

byproducts are also greatly reduced (Richardson et al.  1994 ; Li et al.  1996 ; 
Richardson et al.  2003  ) . ClO 

2
  can also degrade precursors of N-nitrosodimethylamine 

in water (Lee et al.  2007  ) . The formation of nitrosodimethylamine from precursors 
in synthetic and natural waters was found to be signifi cantly reduced by ClO 

2
  treat-

ment (Lee et al.  2007  ) .  
 Chlorine dioxide (ClO 

2
 ) is a yellowish-green gas (formula weight = 67.46). In 

aqueous solution, it can be dissolved up to 20 g L −1 . Since chlorine dioxide exists as 
an unstable gas, it has to be produced on-site by use of a mechanical generator. 
Chlorine dioxide is most commonly generated by reacting sodium chlorite with Cl 

2
  

gas (Eq.  5.3 ) and by mixing sodium chlorite with sodium hypochlorite and hydro-
chloric acid (Eq.  5.4 )

     + ® +2 2 22 NaClO Cl  2 ClO 2NaCl    (5.3)  

     + + ® + +2 2 22 NaClO  NaOCl  2 HCI  2 ClO  3 NaCl H O    (5.4)   
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 In neutral aqueous solution, ClO 
2
  decomposes slowly while its decay is accelerated 

in basic solution (Odeh et al.  2002  ) . Kinetic studies have shown three concurrent 
pathways (Fig.  5.2 ). Pathway 1 is fi rst-order with respect to the concentration of 
ClO 

2
  and is a disproportionation reaction. Pathway 2 is also fi rst-order in (ClO 

2
 ) and 

forms chlorite (ClO  
2
  −  ) while pathway 3 is second order in (ClO 

2
 ) and produces 

equal amounts of ClO  
2
  −   and chlorate (ClO  

3
  −  ). An adduct of ClO 

2
  with OH −  ion has 

been suggested as an intermediate for pathways 1 and 2. In pathway 2, OH −  attacks 
the oxygen atom of Cl 

2
  to result in peroxide intermediates, which fi nally yields 

ClO  
2
  −   and O 

2
  as products (Fig.  5.2 ). At millimolar or higher levels of ClO 

2
 , dispro-

portionation reactions dominate to form equal amounts of ClO  
2
  −   and ClO  

3
  −  . However, 

at micromolar levels of ClO 
2
 , the ratio of ClO  

2
  −   to ClO  

3
  −   formation increases signifi cantly 

and pathway 3 becomes important. In drinking water treatment, 50–70% of ClO 
2
  is 
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  Fig. 5.1    Chloroform production by chlorine and chlorine dioxide reaction with 5 mg L −1  humic 
acid (Redrawn from Symons et al.  1981  )        

  Fig. 5.2    Pathways for decomposition of chlorine dioxide in basic solution (Reproduced from 
Odeh et al.  2002  with the permission of American Chemical Society)       
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generally reduced to ClO  
2
  −   and 30% is transformed to ClO  

3
  −   and Cl −  (Werdehoff and 

Singer  1987 ; USEPA  1999  ) . Formation of ClO  
2
  −   and ClO  

3
  −   may cause hemolytic 

anemia and other health effects; hence dosage levels of ClO 
2
  in treating water are 

kept low. In the United States, dosages ranging from 1.0 to 1.4 mg L −1  are used 
mainly for the preoxidation of surface water (Gates  1998  )  .  Higher dosages of ClO 

2
  

(>1.4 mg L −1 ) are likely to produce chlorite levels that exceed the United States 
Environmental Protection Agency standard of 1 mg L −1 .    

    5.2   Kinetics and Product Studies of ClO 2 /Amino Acids, 
Peptides, and Proteins 

 Chlorine dioxide is a stable free radical and a selective powerful oxidant (Troitskaya 
et al.  1958  ) .

     
o

2 2ClO 4H 5e  Cl 2H O 0.936 V E+ - -+ + = + =
   (5.5)   

 The oxidations carried out by ClO 
2
  usually involve a single electron transfer 

(Tratnyek and Hoigne  1994  ) . The reactivity of ClO 
2
  with inorganic and organic 

compounds obeys fi rst-order kinetics with respect to ClO 
2
  and is also fi rst-order 

with respect to the compound (Hoigne and Bader  1994  ) . The second-order rate 
constants vary over a wide range (10 −5 –10 5  M −1  s −1 ). The reactivity of ClO 

2
  with 

Fe(II), O 
3
 , and H 

2
 O 

2
  is high (Hoigne and Bader  1994 ; Wang et al.  2004  ) . 

 Under water treatment conditions, aromatic hydrocarbons, carbohydrates, and 
molecules containing primary and secondary amines, aldehydes, and acetone are 
un-reactive, however, phenolic and tertiary amino group-containing compounds are 
reactive with ClO 

2
 . The reactivity of ClO 

2
  with these compounds is governed by the 

pH; phenoxide ion and neutral species of the amine are much more reactive than 
either the neutral phenol or the protonated amine (Hoigne and Bader  1994 ; Tratnyek 
and Hoigne  1994  ) . 

 The reactivity of amino acids and some peptides with ClO 
2
  have been examined 

by several workers (Kennaugh  1957 ; Masschelein and Rice  1979 ; Noss et al.  1983 ; 
Tan et al.  1987  ) . The decay of chlorine dioxide was monitored in the reactions, 
which followed pseudo-fi rst-order kinetics (Tan et al.  1987  ) . Of the 21 amino acids 
and three peptides (L-aspartyl-L-phenylalanine methyl ester (aspartame), L-glycyl-
L-tryptphan and L-tryptophylglycine), only few were reactive with ClO 

2
  at pH 6.0 

(Tan et al.  1987  ) . Among amino acids and peptides, the reactivity of cysteine, tryp-
tophan, tyrosine, L-glycyl-L-tryptphan and L-tryptophylglycine were rapid while 
histidine, praline, and hydroxyproline had measurable rates. Other amino acids and 
aspartame did not show reactivity with ClO 

2
 ; similar to the results of a previous 

study carried out at pH 7.0 (Noss et al.  1986  ) . The calculated second-order rate 
constants for the reactions are given in Table  5.1 .  

 Mutagenic studies with the  Salmonella  microsome assay were conducted on the 
products of the reactions between ClO 

2
  with reacted amino acids and three peptides 

(Tan et al.  1987  ) . The results suggested that the reaction products of tyrosine, 
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hydroxyproline and three peptides exerted mutagenic activity against both tester 
strains of TA98 and TA100 in the presence and absence of rat-liver S9 mix. However, 
reaction products of the reactions of ClO 

2
  with cysteine, praline and tryptophan 

(fi ltrate and precipitate) were determined to be non-mutagenic to both tester strains 
either in the presence or absence of the S9 mix. 

 Recently, a stopped-fl ow technique was applied to determine rate constants of the 
oxidation of cysteine, tryptophan, and tyrosine by ClO 

2
  as a function of pH (Darkwa 

et al.  2004 ; Napolitano et al.  2005 ; Ison et al.  2006 ; Stewart et al.  2008  ) . These amino 
acids form chemical moieties of proteins such as the virus f2 (Noss et al.  1986  ) . The 
reactions of these amino acids with ClO 

2
  were fi rst-order with both reactants and 

reported rate constants at pH 7.0 are provided in Table  5.1 . Amino acids containing 
sulfur or aromatic rings were determined to be the most reactive towards ClO 

2
 . 

Cysteine with an –SH group, the most nucleophilic group studied, was the most reac-
tive amino acid with ClO 

2
  (Ison et al.  2006  ) . The oxidation of cysteine by ClO 

2
  has 

been examined in detail by determining the stoichiometry and products of the reac-
tion (Darkwa et al.  2004 ; Ison et al.  2006  ) . The reaction stoichiometry ([ClO 

2
 ]:[Cys]) 

depended on the pH, which were found to be 1:0.9 and 1:3.7 in acidic and basic 
media, respectively. At acidic pH, cysteine sulfonic acid was produced while cystine 
was obtained at alkaline pH. The balanced equations were given as:

     

( )
( )

2 2 2 2

2 2 3

Acidic pH : 6ClO 5H NCH COOH CH SH 3H O 

5Cl 5H NCH COOH CH SO H 6H- +

+ + ®

+ +    (5.6)  

    

( )
( ) ( )

2 2 2 2

2 2 2 2 2

Basic pH : 2ClO 10H NCH COOH CH SH 3H O 

2Cl 5H NCH COOH CH SSH C HOOC HCNH 2H 4H O- +

+ + ®

+ + +    (5.7)   

 The proposed scheme explaining the products of Eqs.  5.6  and  5.7  are shown in 
Fig.  5.3 . The reactive species of cysteine is the thiolate ion and the rate-determine 
step is proposed to involve an electron abstraction from thiolate ion by ClO 

2
  to give 

cysteinyl radical. The radical rapidly reacts with another ClO 
2
  molecule to form a 

cysteinyl-ClO 
2
  adduct, which disproportionates by two pH-dependent pathways to 

yield products of the reactions given in Eqs.  5.6  and  5.7 . The relative reactivity of 

   Table 5.1    Reaction rate constants for consumption of chlorine dioxide by amino acids and 
peptides   

 Compound  pH   k , M −1  s −1   Reference 

 Glycine  8.0  <10 −5   Hoigne and Bader  (  1994  )  
 Proline  6.0  3.4 × 10 −2   Tan et al.  (  1987  )  
 Hydroxyproline  6.0  6.9 × 10 −2   Tan et al.  (  1987  )  
 Histidine  6.0  5.4 × 10 −2   Tan et al.  (  1987  )  
 Cysteine  7.0  1.0 × 10 7   Ison et al.  (  2006  )  
 Tyrosine  7.0  1.8 × 10 5   Ison et al.  (  2006  )  
  N -acetyltyrosine  6.2  3.2 × 10 4   Napolitano et al.  (  2005  )  
 Tryptophan  7.0  3.4 × 10 4   Stewart et al.  (  2008  )  
 Glutathione  5.9  5.8 × 10 2   Ison et al.  (  2006  )  
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glutathione was found to be similar to that of cysteine and was proposed to go 
through similar steps in reaction with ClO 

2
  (Ison et al.  2006  ) .  

 In the oxidation of tryptophan and tyrosine by ClO 
2
 , similar initial steps to give 

adducts were demonstrated (Napolitano et al.  2005 ; Stewart et al.  2008  ) . Adducts 
were short lived and their decay gave several products. One of the products in the 
oxidation of tryptophan by ClO 

2
  was identifi ed as  N -formylalkylnurenine (Stewart 

et al.  2008  ) , while ClO 
2
  oxidation of tyrosine was found to produce dopaquinone 

(Napolitano et al.  2005  ) . In a more recent study, a detailed product analysis was 
carried out for the reaction of ClO 

2
  with tryptophan, tyrosine, and histidine at molar 

ratios ranging of 0.25–4 in the presence and absence of oxygen (Navalon et al. 
 2009  ) . The distribution of products varied with molar ratios and the presence of 
oxygen. For example, the product distribution observed in the reaction of trypto-
phan with ClO 

2
  is given in Table  5.2 .  

 With an excess of ClO 
2
 , the most abundant products were oxalic and fumaric 

acid in conjunction with minor amounts of 2-aminobenzoic acid, N-formylanthranilic 
acid, and 2-(2-oxoindolin-3-ylidene) acetic acid. These products of two or four car-
bon atoms suggest extensive C-C bond breaking occurrence in the tryptophan by 
ClO 

2
  to yield low molecular weight compounds. However, adding a stoichiometric 

amount of ClO 
2
  in the absence of oxygen produced products, which were structur-

ally similar to the starting compounds. The product distribution given in Table  5.2  
indicates that there are two preferential sites on tryptophan at which attack of ClO 

2
  

could take place (Fig.  5.4 ).  
 One possible site of attack is on the nitrogen atom of the amino acid, yielding 

hydroxylamines, oximes, and imines as commonly observed in the oxidation of 
nitrogeneous organic compounds (Smith and March  2007  ) . Further oxidation of 

  Fig. 5.3    Proposed mechanism for the initial reaction between ClO 
2
  and subsequent decay of the 

cysteinyl-ClO 
2
  adduct (Reproduced from Ison et al.  (  2006  )  with the permission of American 

Chemical Society)       
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   Table 5.2    Product distribution observed for the reaction of ClO 
2
  with tryptophan at 25°C under 

argon or oxygen atmosphere using several reagent molar ratios   

 Tryptophane/ClO 
2
  molar ratio 0.25, under oxygen atmosphere, pH from 6 to 4    

  HOOC–COOH 10%      HOOC 1%
COOH

    

  3%

COOH

O
N
H     

  

COOH

N–CHO
H 3%      

COOH

NH2 2%    
 Tryptophane/ClO 

2
  molar ratio 0.5, under oxygen atmosphere, pH from 6 to 4 

  

COOH

N
H 4%

O

      

COOH

N–CHO
H < 1%      

COOH

N–CHO
H 1%,    

 Tryptophane/ClO 
2
  molar ratio 1, under argon atmosphere, pH from 6 to 4 

  Mixture of stereoisomers

COOH

NH2

N
H 5%

O

    

  

COOH

N
H 3%

O

    
  

COOH

NH2

N
H 3%    

  Mixture of stereoisomers

COOH

OH
N
H

N
HO

15%

    

  

COOH

NH2

N
H

HO

4%

O

    

 Tryptophane/ClO 
2
  molar ratio 0.5, under oxygen atmosphere, pH buffered 7.5 

  HOOC
COOH

2%    

  

COOH

NH2 <1%      
CHO

COOH

N
H 4%    

  

COOH

< 0.5%

O
N
H     

  

OH

COOH

Cl

<

0.5%

HN

N
H

      < 0.5%

O

NH2

COOH

N
H     

  

COOH

< 0.5%

O

Cl
N
H

      

COOH

< 0.5%
N
H       

COOH

OH < 0.5%    

  The product percentage has been estimated using nitrobenzene as external GC standard and is 
given with respect to initial moles of tryptophan (Reproduced from Navalon et al.  2009  )   
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these products will ultimately form the observed oxidized products (Navalon et al. 
 2009  ) . Another possibility is the attack on the two and three positions of the indole 
ring to cause initiation of hydroxylation of the ring, with subsequent formation of a 
carbonyl group. This may lead to ring opening; similar to what occurs with the oxi-
dation of indole compounds (Katritzky  2002  ) . It can be concluded that ClO 

2
  attacks 

initially either at an electron donating aromatic structure or at the amino acid nitrogen, 
to yield unstable primary products, which continue to degrade to simple, small 
carbon chains through a series of hydroxylation, ring opening, decarboxylation, and 
carbonyl formation steps (Navalon et al.  2009  ) . 

 A study on the denaturing of proteins by ClO 
2
  has been performed using bovine 

serum albumin (BSA) and glucose-6-phosphate dehydrogenase (G6PD) of baker’s 
yeast ( Saccharomyces cerevisiae ) (Ogata  2007  ) . The denaturation of proteins by 
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  Fig. 5.4    Proposed reaction scheme for the reaction of tryptophan with ClO 
2
  (Reproduced from 

Navalon et al.  (  2009  )  with the permission of Elsevier, Inc)       
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ClO 
2
  has been shown to include a decrease in the  a -helical content as well as in the 

transition temperature and endothermic transition enthalpy of heat-induced unfold-
ing (Ogata  2007  ) . This was demonstrated experimentally by quantifying the 
consumption of ClO 

2
  in the reaction of BSA and G6PD (Figs.  5.5 a and  5.6a ). The 

concentration of ClO 
2
  decreased exponentially and this decrease was temperature-

dependent (Figs.  5.5 b and  5.6b  ) .   
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  Fig. 5.5    ( a ) Consumption of ClO 
2
  by the reaction with protein. ClO 

2
  was mixed at 25°C with 

0.5 mg/mL bovine serum albumin (BSA). The amount of ClO 
2
  remaining in the reaction mixture 

was measured by iodometric titration. The curve was obtained by fi tting the data to a one-phase 
exponential decay curve. ( b ) ClO 

2
  concentration remaining after a 2 min reaction as a function of 

temperature. Each point represents a mean of two experiments (Redrawn from Ogata  (  2007  )  with 
the permission of American Chemical Society)       
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 The denaturing of proteins by ClO 
2
  was confi rmed by the absorbance and 

fl uorescence spectra of proteins with or without ClO 
2
  (Figs.  5.7  and  5.8 ). Spectral 

maxima in control experiments (without ClO 
2
  treatment) at 277 nm were observed, 

which were attributed to aromatic acids, which in this case were tryptophan 
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  Fig. 5.6    ( a ) Consumption of ClO 
2
  by the reaction with protein. ClO 

2
  was mixed at 25°C with 

0.5 mg/mL glucose-6-phosphate dehydrogenase (G6PD). The amount of ClO 
2
  remaining in the 

reaction mixture was measured by iodometric titration. The curve was obtained by fi tting the data 
to a one-phase exponential decay curve. ( b ) ClO 

2
  concentration remaining after a 2 min reaction as 

a function of temperature. Each point represents a mean of two experiments (Redrawn from Ogata 
 (  2007  )  with the permission of American Chemical Society)       
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( e  
277nm

  = 5,500 M −1  cm −1 ) and tyrosine ( e  
277 nm

  = 1,500 M −1  cm −1 ). No peaks were 
observed at 277 nm for ClO 

2
  treated BSA and G6PD proteins (Figs.  5.7  and  5.8 ), 

which suggests that residues of tryptophan and tyrosine were destroyed in the treat-
ment process. This was again supported by the fl uorescence spectra of ClO 

2
 -treated 
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obtained (Redrawn from Ogata  (  2007  )  with the permission of American Chemical Society)       
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BSA and G6PD proteins excited at 280 nm. As shown in the inset of Fig.  5.6  (dotted 
line), proteins showed a characteristic fl uorescence emission peak at ~350 nm, which 
disappeared completely after ClO 

2
  treatment (solid line). The analysis of products 

demonstrated that the tyrosine residue was transformed into  N -formylalkylnurenine 
while the tyrosine residue converted to 3,4-dihydroxyphenylalanine and 
2,4,5-trihydroxyphenylalanine after treatment with ClO 

2
  (Ogata  2007  ) .    

    5.3   Conclusion 

 Among the amino acids tested for reactivity towards ClO 
2
 , cysteine, tyrosine and 

tryptophan displayed the most rapid reactions with ClO 
2
 . Cystein having a sulfhy-

dryl group had the highest reactivity with ClO 
2
 . The results of the oxidation products 

of the reaction of ClO 
2
  with histidine, tryptophan, and tyrosine provide insight on 

the reaction mechanism by which ClO 
2
  oxidizes amino acids present in natural 

waters. These amino acids are residues of peptides, proteins, and microbes and 
hence ClO 

2
  is highly effective in degrading these molecules/species. Studies on the 

oxidative modifi cations of tryptophan and tyrosine residues in BSA and G6PD pro-
vide information on factors involved in the denaturation of proteins by ClO 

2
 . 

Noteworthy results in the literature have demonstrated the potential of ClO 
2
  in 

reducing the formation of THMs and NDMA. However, other DBPs may form from 
the oxidative reactions of amino acid containing compounds with ClO 

2
 , suggesting 

a clear need for the evaluation of reaction products and intermediates for reaction of 
different peptides and proteins with ClO 

2
 .      
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  Abstract   Dyes are synthetic aromatic compounds with various functional groups. 
Colored dye effl uents are highly toxic to the aquatic biota. They alter the symbiotic 
process by disturbing the natural equilibrium through reduced photosynthetic activity 
due to the coloration of the water in streams. The control of dyes containing water 
pollution has thus become of increasing importance in recent years. Amongst the 
synthetic dyes, azo dyes are the largest group, and account for more than half of the 
annually produced amounts of dyes. In recent years, several treatments have been 
proposed for effi cient azo dye removal, most of them presenting some limitations 
such as poor capacity, generate waste products, incomplete mineralization or high 
operating cost. Nowadays combined anaerobic–aerobic treatments are considered 
as the most effective route. Removal of azo dyes is based on anaerobic-aerobic 
treatment for the reductive cleavage of the azo linkages of dyes and for the degrada-
tion of the aromatic amines from azo dye cleavage respectively. This chapter reviews 
the current technologies available for decolourisation of azo dyes and it suggests 
effective and economically attractive alternatives.  

  Keywords   Azo dyes  •  Biodegradation  •  Bioreactors  •  Anaerobic–aerobic  
•  Aromatic amines  •  Anaerobic  •  Aerobic  •  Biomass concentration  •  Aromatic 
amines  •  Toxicity  •  Wastewater treatment      

    6.1   Introduction 

 The last couple of years has seen a massive expansion in the chemicals industry; 
however, with this progress came the concomitant pollution of the environment with 
a signifi cant range of xenobiotics (dye). Dye compounds form one such category of 
novel environmental contaminants and are used through a large number of industrial 
processes, most notably the textile, leather, plastics, food, pharmaceuticals and for 
manufacturing paints industries. Azo dyes represent the largest and most important 
group of dyes (Dafale    et al.  2008a    )  mainly due to the simple synthesis. During man-
ufacturing and usage of azo dyes an estimated amount of 10–15% is released into 
the environment. The release of these compounds into the environment is undesir-
able, not only because of their color but also because many azo dyes and their 
breakdown products are toxic, mutagenic, carcinogenic (Dos Santos et al.  2005  )  and 
negative infl uence on the living organisms. 

 Azo dyes can be reduced by azo reeducates in liver cells, skin surface micro 
fl ora, kidney cells and intestinal bacteria and thus aromatic amines (aryl amines) are 
released. Walker  (  1970  )  pointed out that the metabolism of azo dyes in mammal 
(dog) occurred when the result showed the product of azo dye (sulphanilic acid) was 
found in the urine of dogs after they consumed Orange I. Over the years epidemio-
logical studies have shown the evidence that long-term occupational exposure to 
certain aromatic amines such as benzidine, 4-aminobiphenyl and 2-naphthylamine, 
that are used in dye industries increases the risk of developing cancer. To avoid the 
bad effect of azo group the concentration (mg/kg) of each harmful aromatic amine 
in dye products should not exceed 150 mg/kg. Although some azo group consisting 
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compound have some bad effect but it is very important group for colour formation. 
Most of the colour component are consist of azo group. It’s proper utilization can 
avoid it’s bad effect. For this reason as a environmentalist we should know details 
about it. 

 Different physical, chemical and biological techniques can be applied to remove 
dyes from wastewater (Cooper  1993 ; Southern  1995 ; Vandevivere et al.  1998 ; Hao 
et al.  2000 ; Robinson et al.  2001  ) . Each technique has its technical and economical 
limitations. Most physico-chemical dye removal methods have drawbacks because 
they are expensive, have limited versatility, are greatly interfered by other wastewater 
constituents, and/or generate waste products that must be handled. Alternatively, 
biological treatment may present a relatively inexpensive way to remove dyes from 
wastewater. 

 Biodegradation is defi ned as biologically mediated breakdown of chemical com-
pounds. When biodegradation is complete the process is called mineralization i.e. 
the total breakdown of organic molecules into water, carbon dioxide and/or any 
other inorganic end products (   Bennett and Faison  1997  ) . Biodegradation of the dye 
by certain groups of fungi during dye removal has been extensively demonstrated. 
It has been demonstrated that under certain environmental conditions various micro-
organisms are able to transform azo dyes to noncolored products or even completely 
mineralize them (Stolz  2001 ; Xu et al.  2007  ) . These synthetic compounds are resis-
tant to aerobic degradation by bacteria. The strong electron-withdrawing character 
of the azo group stabilizes these aromatic pollutants against conversions by oxyge-
nases (Kulla et al.  1983 ; Pagga and Brown  1986 ; Haug et al.  1991  ) . In studies with 
more than 100 azo dyes tested in aerobic activated sludge systems, only a few were 
actually biodegraded (Shaul et al.  1991  ) . Due to their recalcitrance in aerobic envi-
ronments, the azo dyes eventually end up in anaerobic sediments, shallow aquifers, 
and groundwaters (Baughman and Perenich  1988  )  or in the gastrointestinal tracts of 
higher animals (Chung et al.  1992  ) . 

 Under anaerobic conditions, azo dyes are readily cleaved via a four-electron 
reduction at the azo linkage generating aromatic amines (Brown and Laboureur 
 1983 ; Brown and Hamburger  1987  ) . Biodegradation of dyes has been the subject of 
a large number of research papers and several review articles have been published 
(Walker  1970 ; Levine  1991 ; Chung and Cerniglia  1992 ; Bumpus  1995 ; Banat et al. 
 1996 ; Delee et al.  1998 ; McMullan et al.  2001 ; Stolz  2001 ; Pearce et al.  2003 ; 
Forgacs et al.  2004  ) . Especially anaerobic azo dye reduction has been thoroughly 
investigated and most researchers agree that it is a non-specifi c and presumably 
extracellular process, in which reducing equivalents from either biological or chem-
ical source are transferred to the dye. 

 The bacterial metabolism of azo dyes is initiated in most cases by a reductive 
cleavage of the azo bond, which results in the formation of colorless aromatic 
amines. Anaerobic reduction of the azo dyes is relatively easy to achieve, but the 
products have been found to be biorecalcitrant under anaerobic conditions (Stolz 
 2001  ) . This observation coupled with the fact that many aromatic amines are com-
pletely degraded under aerobic conditions has led to the proposal that anaerobic–
aerobic systems might be effective in achieving the complete biodegradation of azo 
dyes (Supaka et al.  2004  ) . 



258 P.K. Mondal and B. Chauhan

 Azo dyes are generally persistent under aerobic conditions (Isik and Sponza 
 2004c  ) . However, under anaerobic conditions, they undergo facile reductive fi ssion, 
yielding colorless aromatic amine compounds (Stolz  2001  ) , that in turn generally 
require aerobic conditions for their biodegradation (Sponza and Isik  2002a ; Ekici 
et al.  2001  ) . Azo dyes require an anaerobic and an aerobic phase for their complete 
biodegradation. Combined anaerobic aerobic treatment is therefore the most logical 
strategy for the complete removal of azo dyes from wastewater. 

 A lot of research papers have reported the results of combined anaerobic–aerobic 
bioreactor treatment of azo dye containing wastewaters. This review article sum-
marizes the results of those research studies and discusses the feasibility of com-
bined anaerobic–aerobic treatment for the complete removal of azo dyes from 
wastewater.  

    6.2   Importance of Biological Degradation 

 Different physical, chemical and biological techniques can be applied to remove azo 
dyes from wastewater. These techniques include adsorption, coagulation-fl occulation, 
reverse osmosis, oxidation, Photodegradation, membrane fi ltration and microbial 
degradation Each technique has its technical and economical limitations (Table  6.1 ). 
Most physico-chemical dye removal methods have drawbacks because they are 
expensive, have limited versatility, are greatly interfered by other wastewater 

   Table 6.1    Current physical, chemical and biological technology for color removal   

 Various methods  Advantages  Disadvantages 

 Adsorption  Good removal of a wide variety 
of dyes 

 Adsorbent requires regeneration 
or disposal. Expensive 
capital investment, long 
residence times, low 
adsorption capacity, frequent 
and expensive regeneration 

 Membrane technologies  Removes all dye types and 
effi ciency is better than other 

 Concentrated sludge production 
and very expensive 

 Advanced oxidation/
photodegradation 

 Rapid process  High energy costs and 
unwanted byproduct 
released 

 Coagulation/fl occulation, 
reverse osmosis 

 Economically feasible  High sludge production rate 

 Biodegradation  It is inexpensive and more 
environmental friendly. Good 
removal of a wide variety of 
dyes. Effi cient COD and BOD 
reduction 

 Long residence times, may 
require nutrients, very large 
aeration tanks, lagoons, land 
areas, many toxic com-
pounds not removed, 
variable color removal 

 Electrolysis  Not totally mineralized  High power source is required 
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constituents, and/or generate waste products that must be handled. Alternatively, 
biological treatment may present an environmental-friendly methods that are 
becoming increasingly effi cient and cost-effective for the remediation of azo dye-
contaminated wastewater.  

 Microorganisms have the ability to adapt to a variety of environmental conditions. 
Their versatility makes them useful for various biotechnological applications. One 
such application is the use of microorganisms for removal of azo dyes from the 
environment, so-called bioremediation. Biodegradation is the process by which 
organic substances (like azo dyes) are broken down by other living organisms. 
Biological azo dye removal techniques are based on microbial biotransformation of 
dyes. As azo dyes are designed to be stable and long-lasting colorants, they are usu-
ally not easily biodegraded. Azo dyes can be degraded aerobically, with oxygen, or 
anaerobically, without oxygen. A term related to biodegradation is biomineralisation, 
in which azo dyes are converted into minerals. 

 Depending upon the number of azo-groups present they are called as monazo, 
disazo, trisazo, tetrakisazo and polyazo dyes. Polyazo, tetrakisazo and trisazo dyes 
are very diffi cult to biodegradation because they are very stable in nature.  

    6.3   Biodegradation of Azo Dyes by Combined 
Anaerobic-Aerobic Bioreactor 

 The combined anaerobic and aerobic degradation has been studied for the conver-
sion of azo dyes by numerous researchers (Supaka et al.  2004 ; Ong et al.  2005 ; 
O’Neill et al.  2000b ; Rajaguru et al.  2000  ) . However, in most cases clear evidence 
for a complete biodegradation was not found, mainly due to a lack of proof for min-
eralization of the aromatic amines. In most experiments only the decolorization and 
organic load were measured while additional examinations, like the mineralization 
of the aromatic amines, were omitted. Only few references are available in which 
there exists real proof of mineralization of an azo dye by a bacterial co-culture under 
sequential anaerobic/aerobic batch conditions (Albuquerque et al.  2005  ) . An over-
view of the research papers reviewed is presented in Table  6.2 . A distinction was 
made between the different approaches used to obtain a combined anaerobic–aerobic 
reactor system.   

    6.4   Anaerobic Degradation of Azo Dyes 

 Various color removal effi ciency listed in Table  6.2  show that removal of color is 
mainly associated with the anaerobic stage, whereas further decolorization in the aer-
obic stage is usually limited to a few extra percents. In one of the reactor studies it was 
shown that the color removal by a two-stage anaerobic–aerobic treatment process was 
70% higher than that of a one-stage aerobic treatment process (Minke and Rott  2002  ) . 
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These results are in agreement with previously published data on recalcitrance of 
azo dyes in aerobic sludge environments (Pagga and Brown  1986 ; Shaul et al.  1991 ; 
Ganesh et al.  1994 ; Ekici et al.  2001  ) . It is reasonable to assume that anaerobic color 
removal is mainly due to azo dye reduction. The extent of azo dye color removal 
achieved in the anaerobic stages of the studies listed in Table  6.1  was mostly higher 
than 70% and in several cases almost 100%. Ranges of anaerobic color removal 
effi ciencies refer to different circumstances tested. 

    6.4.1   Dye Structure 

 Different color removal effi ciencies were investigated according to dye structure. 
Normally monoazo, disazo dyes were shown better effi ciency in synthetic wastewa-
ter treatment. In real wastewater treatment the effi ciency was slightly low because 
of various unwanted compound are there. The total mineralization of dyes was 
dependent on dye structure if the reduced aromatic amine are unsulphonated then 
aerobic biodegradation are effi cient (Tan  2001  ) .  

    6.4.2   Hydraulic Retention Time 

 The effect of HRT was positively related to the degradation effi ciency. Table  6.2  
shows that the steady state results obtained at a gradually rising HRT. The overall 
degradation of dye and co-substrate was enhanced as HRT increased at a certain 
level, but the enhancement became lower immediately if the HRT increased at a 
high rate (Isik and Sponza  2004b ; Albuquerque et al.  2005  ) . It depends upon system 
to system.  

    6.4.3   Biomass Concentration 

 Biomass concentration was measured in terms of volatile suspended solid (VSS). 
The sludge was quantifi ed gravimetrically by weighing the oven-dried samples at 
105°C for 24 h. Oven-dried solid samples were scrapped out from the supports and 
ignited at 550°C for 2 h to estimate the volatile solid (VSS) content. Several studies 
reported that when biomass concentration (g/l) decreases then solid retention time 
will decrease and total degradation effi ciency falls (Lourenco et al.  2000  ) . Systems 
with a higher biomass retention capacity (e.g. upfl ow anaerobic reactors) might 
therefore be better suited for azo dye decolorization than systems with a lower bio-
mass retention capacity (e.g. SBR systems). The higher Reactive Black 5 color 
removal effi ciency of an upfl ow anaerobic sludge blanket (UASB) reactor 
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(Sponza and Isik  2002a  )  in comparison to those of the anaerobic phases of SBR 
systems operated with similar dye concentrations and reaction times (Luangdilok 
and Panswad  2000 ; Panswad and Luangdilok  2000 ; Lourenco et al.  2001 ; Panswad 
et al.  2001a  )  supports this hypothesis.  

    6.4.4   Alternative Electron Acceptors 

 Biodegradation of azo dyes is an oxidation–reduction reaction in which the dye acts 
as an electron acceptor. The presence of an alternative electron acceptor may com-
pete with the azo dye for reducing equivalents. The presence of nitrate, a normal 
constituent of textile processing wastewater, was shown to slow down decoloriza-
tion (Lourenco et al.  2003 ; Panswad et al.  2001b  ) . Those results are agreement 
with previously published data from batch experiments to azo dye decolorization in 
the presence of nitrate (Carliell et al.  1995 ) and nitrite (Wuhrmann et al.  1980  ) . In 
contrast, the presence of sulfate, also a normal constituent of textile-processing 
wastewater, was not found to signifi cantly affect dye decolorization (Panswad and 
Luangdilok  2000 ; Albuquerque et al.  2005  ) , which is in agreement with previously 
published data from batch experiments to azo dye decolorization in the presence of 
sulfate (Carliell et al.  1995 ; Van der Zee et al.  2003a  ) . As sulfate can be biologically 
reduced to sulfi de, a well-known bulk reductant of azo dyes, it has been suggested 
that its presence may rather stimulate than competitively suppress azo dye decolor-
ization. According to Van der Zee et al.  (  2003a  )  Chemical reduction of the dyes due 
to sulphide was greatly stimulated of which sulfate infl uenced dye reduction in 
accordance to biogenic sulfi de formation from sulfate reduction. This is also sup-
ported by Kim et al.  (  2008  )  where addition of sulfi de led to an increase in the micro-
bial decolorization of more than 9% in comparison with the case where no sulfi de 
was added.  

    6.4.5   Primary Substrate Concentration 

 The presence of an electron donor is a prerequisite for azo dye reduction. In theory, 
the required amount of electron-donating primary substrate is low, four reducing 
equivalents per azo linkage, i.e. 32 mg COD per mmol monoazo dye. Competition 
for reducing equivalents by other reactions will increase the required amount of 
primary substrate. Moreover, the rather slow process of azo dye reduction may ben-
efi t kinetically by a higher primary substrate concentration. In the studies listed, the 
electron-donating primary substrate (biodegradable COD) was usually in large 
excess of the stoichiometric quantity needed for azo dye reduction. Only in one of 
the studies Cruz and Buitron  (  2001  )  has the reactor been operated for a while under 
clear substoichiometric conditions, when the reactor infl uent contained no other 
electron donor than the dye’s dispersing agent. Consequently, the reactor’s anaerobic 
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color removal effi ciency dropped. Substoichiometric conditions might also explain 
the low color removal effi ciency before raising the level of primary substrate in 
another reactor system (Sosath and Libra  1997  ) . Two other studies report sub-optimal 
primary substrate levels in large excess of the stoichiometric level. Kapdan et al. 
 (  2003  ) , investigating the decolorization of Reactive Red 195 at a concentration of 
100 mg/l (0.1–0.2 mM, assuming that the dye’s unknown molecular weight lies 
between 500 and 1,000 g/mol), report declining color removal effi ciencies at sub-
strate concentrations below 3,000 mg/l, which is in large excess of the theoretically 
necessary 3.2–6.4 mg/l. Likewise, O’Neill et al.  (  2000a  )  reported improved color 
removal effi ciencies when doubling the primary substrate concentration, even 
though the original primary substrate concentration was already 60–300 times in 
excess of the stoichiometric amount.  

    6.4.6   Primary Substrate Type 

 The electron-donating primary substrates used in the reactor studies varied from 
simple substrates like acetate, ethanol and glucose to more complex ones, including 
relevant constituents of textile-processing wastewaters like starch, polyvinylalchol 
(PVA) and carboxymethyl cellulose (CMC). In all cases, azo dye decolorization 
occurred, which suggests that the process is relatively non-specifi c with respect to 
its electron donor. Yet, some primary substrates may be better suitable for delivering 
reducing equivalents to azo dyes, either because of the substrate itself or because 
of the microorganisms involved. Three of the studies listed in Table  6.2  report 
substrate effects. In one of those SBR studies, the anaerobic removal of AO7 color, 
which was very poor when a starch derivative was used as main COD source, greatly 
raised when lactate was added to the reactor infl uent (Albuquerque et al.  2005  ) . 
Another SBR study reported considerably higher anaerobic color removal effi cien-
cies with acetate and nutrient broth than with glucose, an effect that was subscribed 
to a better azo dye-reducing capacity of polyphosphate-accumulating microorgan-
isms versus that of glycogen-accumulating microorganisms (Panswad et al.  2001a  ) . 
In a consequent study by the same research group, the substrate effect, now comparing 
acetate and glucose both in the presence of nutrient broth, was less pronounced 
(Panswad et al.  2001b  ) . Therefore, the substrate effect may have been at least partly 
due to (compounds present in the) nutrient broth and does not necessarily relate 
completely to the microbial composition of the biomass.  

    6.4.7   Dye Concentration 

 Dye concentration is an another factor that may play a vital role in the color removal 
process As seen in Table  6.2 , large variations in dye concentrations have been 
applied in the reactor studies. In several cases, the applied dye concentrations largely 
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exceed the 10–250 mg/l range of normal concentrations in dye house effl uents 
(O’Neill et al.  1999b  ) . High dye concentrations may negatively affect the anaerobic 
color removal effi ciency, either by exceeding the reactor’s biological azo dye reduc-
tion capacity or by causing toxicity to the anaerobic biomass. Investigations with 
different dye concentrations usually reported higher net color removal effi ciencies 
at lower dye concentrations (Seshadri et al.  1994 ; Luangdilok and Panswad  2000 ; 
O’Neill et al.  2000a ; Rajaguru et al.  2000 ; Cruz and Buitron  2001 ; Kapdan and 
Oztekin  2003 ; Sponza and Isik  2005  ) , even though the amount of dye reduced per 
unit of time may increase with increasing dye concentrations, e.g. as reported by 
Cruz and Buitron  (  2001  ) .  

    6.4.8   Dye Toxicity 

 Toxicity to microorganisms affecting the transforming is obviously an important 
factor governing the fate and behaviour of a chemical compound in the natural envi-
ronment. Dye toxicity is defi ned as the % inhibition of microbial growth at a par-
ticular substrate concentration. However, genotoxicity is defi ned as the gene 
mutation, chromosomal alteration or DNA damage caused by the substrate. In case 
of azo dyes, polyazo dyes is most toxic than others due to steric, electronic and 
hydrodrophobic effects of the substituents.   

    6.5   Aromatic Amines Formation Due to Azo Dye Reduction 

 The stoichiometric reduction of an azo bond yielding aromatic amines requires two 
reducing equivalents, which were typically supplied by an electron-donating co sub-
strate. Many reports indicate that electron-donating co substrates are required for azo 
reduction by bacteria (Van der Zee and Villaverde  2005  ) . It is also likely that co sub-
strates could act as donors of reducing equivalents to specifi c azo reductases. As has 
been demonstrated in many research papers, e.g. those summarized by Field et al. 
 (  1995  )  azo dye decolorization due to anaerobic reduction results in the formation of 
anaerobic amines. In several of the reactor studies listed in Table  6.2 , attention has 
been paid to aromatic amine formation, all of them providing evidence for the forma-
tion of aromatic amines under anaerobic conditions, indicating azo dye reduction.  

    6.6   Aerobic Biodegradation of Aromatic Amines 

 Azo dye reduction leads to the formation of aromatic amines. Aromatic compounds 
possess large negative resonance energy, resulting in thermodynamic stability. 
Aromatic amines are generally not degraded and accumulate under anaerobic 
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conditions Field et al.  (  1995  ) , with the exception of a few aromatic amines 
characterized by the presence of hydroxyl and/or carboxyl groups (Razo-Flores 
et al.  1996  ) . Microorganisms, particularly bacteria, have evolved enzyme systems 
that degrade the benzene structure under aerobic and anoxic conditions (Schink 
et al.  2000  ) . The aromatic amines are susceptible to mineralization in the periphery 
of the biofi lm, if the right bacteria are present. Mineralization of the aromatic amines 
by aerobic bacteria and aerobic sludge in treatment plants is more common and, 
therefore, aerobic conditions are preferable to degrade the accumulated aromatic 
amine. However, it should be noted that some aromatic amines are readily autoxidized 
in the presence of oxygen to humic like oligomeric and polymeric structures. The 
results taken as a whole suggest that many of the aromatic amines from anaerobic 
cleavage of azo dyes were removed in the consequent aerobic stage. However, some 
aromatic amines may not be removed.  

    6.7   Recent Advances 

 Recently researchers have taken up various methods which can enhance the process 
of dye removal by wild-type of bioreactor or by used various isolated species. 
Combining compound analysis with toxicity measurements will deliver insight in 
the size, composition, and potential harm of the recalcitrant fraction, thereby pro-
viding the information needed to judge whether discharge can be allowed or 
whether tertiary treatment (e.g. advanced oxidation, adsorption, coagulation) will 
have to be applied.  

    6.8   Discussion 

 Recent literature reviewed in this paper indicates that although a large number of 
lab-scale studies have been conducted on decolourization of synthetic dye solutions 
through combined anaerobic-aerobic biodegradation, there is a need to generate 
relative performance data on industrial effl uents. According to the concept of com-
bined anaerobic–aerobic treatment, azo dyes should be removed from the water 
phase by (anaerobic) reduction followed by (aerobic) oxidation of the dyes’ con-
stituent aromatic amines. The anaerobic–aerobic reactor studies reviewed in this 
paper show that a generally high extent of color removal can be obtained, and 
several studies further more provide evidence for removal of aromatic amines. 
Combined anaerobic–aerobic treatment therefore holds promise as a method to 
completely remove azo dyes from wastewater. However, the results of the reactor 
studies reveal some possible limitations, both with respect to azo dye reduction and 
with respect to the fate of aromatic amines. Nevertheless, more research should also 
be conducted on the probable routes for the safe and eco-friendly way of handling 
the residues and byproducts obtained after decolourization process.      



2716 Biodegradation of Azo Dyes from Wastewater

      References 

    Ahmad R, Mondal PK, Usmani SQ (2010) Hybrid UASFB-aerobic bioreactor for biodegradation 
of acid yellow-36 in wastewater. Bioresour Technol 101(10):3787–3790  

    Albuquerque MGE, Lopes AT, Serralheiro ML, Novais JM, Pinheiro HM (2005) Biological sulphate 
reduction and redox mediator effects on azo dye decolourisation inanaerobic–aerobic sequencing 
batch reactors. Enzyme Microb Technol 36(5–6):790–799  

    An H, Qian Y, Gu XS, Tang WZ (1996) Biological treatment of dye wastewaters using an anaerobic–
oxic system. Chemosphere 33(12):2533–2542  

    Banat IM, Nigam P, Singh D, Marchant R (1996) Microbial decolorization of textile-dye-containing 
effl uents: a review. Bioresour Technol 58(3):217–227  

    Baughman GL, Perenich TA (1988) Fate of dyes in aqueous system: solubility and partitioning of 
hydrophobic dyes and related compounds. Environ Toxicol Chem 1988(7):183–199  

    Bennett JW, Faison BD (1997) Use of fungi in biodegradation. In: Environmental Microbiology, 
ASM Press, Washington.  

    Brown D, Hamburger B (1987) The degradation of dyestuffs: part III-investigations of their ulti-
mative biodegradability. Chemosphere 16:1539–1553  

    Brown D, Laboureur P (1983) The degradation of dyestuffs, Part 1, primary biodegradation under 
anaerobic conditions. Chemosphere 12(3):397–404  

    Buitron G, Martinez KM, Vargas A (2006) Degradation of acid orange 7 by a controlled anaerobic–
aerobic sequencing batch reactor. Water Sci Technol 54(2):187–192  

    Bumpus JA (1995) Microbial degradation of azo dyes. Prog Ind Microbiol 32:157–176  
    Cabral Goncalves I, Penha S, Matos M, Santos AR, Franco F, Pinheiro HM (2005) Evaluation of 

an integrated anaerobic/aerobic SBR system for the treatment of wool dyeing effl uents. 
Biodegradation 16(1):81–89  

    Carliell CM, Barclay SJ, Naidoo N, Buckley CA, Mulholland DA, Senior E (1995) Microbial 
decolourisation of a reactive azo dye under anaerobic conditions. Water SA 21(1):61–69  

    Carvalho C, Fernandes A, Lopes A (2007) Electrochemical degradation applied to the metabolites 
of acid orange 7 anaerobic biotreatment. Chemosphere 67:1316–1324  

    Chung KT, Cerniglia CE (1992) Mutagenicity of azo dyes: structure–activity relationships. Mutat 
Res 277(3):201–220  

    Chung KT, Stevens SE Jr, Cerniglia CE (1992) The reduction of azo dyes by the intestinal micro-
fl ora. Crit Rev Microbiol 18:175–190  

    Cinar O, Yasara S, Kertmena M, Demirozb K, OzguYigit N, Kitis M (2008) Effect of cycle time 
on biodegradation of azo dye in sequencing batch reactor. Process Saf Environ Prot 
86:455–460  

    Cinar O, Demiroz K, Kanat G, Uysal Y, Yaman C (2009) The effect of oxygen on anaerobic color 
removal of azo dye in a sequencing batch reactor. Clean Soil Air Water 37(8):657–662  

    Cooper P (1993) Removing colour from dyehouse waste waters—a critical review of technology 
available. J Soc Dyers Colour 109:97–100  

    Cruz A, Buitron G (2001) Biodegradation of disperse blue 79 using sequenced anaerobic/aerobic 
biofi lters. Water Sci Technol 44(4):159–166  

    Dafale N, Rao NN, Meshram SU, Wate SR (2008a) Decolorization of azo dyes and simulated dye 
bath wastewater using acclimatized microbial consortium biostimulation and halo tolerance. 
Bioresour Technol 99(7):2552–2558  

    Dafale N, Watea S, Meshramb S, Nandy T (2008b) Kinetic study approach of remazol black-B use 
for the development of two-stage anoxic–oxic reactor for decolorization/biodegradation of azo 
dyes by activated bacterial consortium. J Hazard Mater 159:319–328  

    Delee W, O’Neill C, Hawkes FR, Pinheiro HM (1998) Anaerobic treatment of textile effl uents: a 
review. J Chem Technol Biotechnol 73(4):323–335  

    Dos Santos AB, Traverse J, Cervantes FJ, van Lier JB (2005) Enhancing the electron transfer 
capacity and subsequent color removal in bioreactors by applying thermophilic anaerobic 
treatment and redox mediators. Biotechnol Bioeng 89(1):42–52  



272 P.K. Mondal and B. Chauhan

    Ekici P, Leupold G, Parlar H (2001) Degradability of selected azo dye metabolites in activated 
sludge systems. Chemosphere 44:721–728  

    Field JA, Stams AJM, Kato M, Schraa G (1995) Enhanced biodegradation of aromatic pollutants 
in cocultures of anaerobic and aerobic bacterial consortia. Antonie van Leeuwenhoek Int J Gen 
Mol Microbiol 67:47–77  

    FitzGerald SW, Bishop PL (1995) Two stage anaerobic/aerobic treatment of sulfonated azo dyes. 
J Environ Sci Health A Toxic/Hazard Subst Environ Eng 30(6):1251–1276  

    Forgacs E, Cserhati T, Oros G (2004) Removal of synthetic dyes from wastewaters: a review. 
Environ Int 30(7):953–971  

    Ganesh R, Boardman GD, Michelsen D (1994) Fate of azo dyes in sludges. Water Res 
28(6):1367–1376  

    Gottlieb A, Shaw C, Smith A, Wheatley A, Forsythe S (2003) The toxicity of textile reactive azo 
dyes after hydrolysis and decolourisation. J Biotechnol 101(1):49–56  

    Hao OJ, Kim H, Chang PC (2000) Decolorization of wastewater. Crit Rev Environ Sci Technol 
30(4):449–505  

    Harmer C, Bishop P (1992) Transformation of azo dye AO-7 by wastewater biofi lms. Water Sci 
Technol 26(3/4):627–636  

    Haug W, Schmidt A, Nortermann B, Hempel DC, Stolz A, Knackmuss HJ (1991) Mineralization 
of the sulfonated azo dye mordant yellow 3 by a 6-aminonaphthalene-2-sulfonate-degrading 
bacterial consortium. Appl Environ Microbiol 57:3144–3149  

    Isik M, Sponza DT (2003) Aromatic amine degradation in a UASB/CSTR sequential system 
treating Congo Red dye. J Environ Sci Health A Toxic/Hazard Subst Environ Eng 
38(10):2301–2315  

    Isik M, Sponza DT (2004a) Anaerobic/aerobic sequential treatment of a cotton textile mill waste-
water. J Chem Technol Biotechnol 79(11):1268–1274  

    Isik M, Sponza DT (2004b) Decolorization of azo dyes under batch anaerobic and sequential 
anaerobic/aerobic conditions. J Environ Sci Health A Toxic/Hazard Subst Environ Eng 
39(4):1107–1127  

    Isik M, Sponza DT (2004c) Monitoring of toxicity and intermediates of C.I. Direct Black 38 azo 
dye through decolorization in an anaerobic/aerobic sequential reactor system. J Hazard Mater 
114(1–3):29–39  

    Isik M, Sponza DT (2008) Anaerobic/aerobic treatment of a simulated textile wastewater. J Sep 
Purif Technol 60:64–72  

   Jianrong Z, Yanru Y, Huren A, Yi Q (1994) A study of dyewaste treatment using anaerobic–aerobic 
process. In: Proceedings of the seventh international symposium on anaerobic digestion, Cape 
Town, pp 360–363  

    Jiang H, Bishop PL (1994) Aerobic biodegradation of azo dyes in biofi lms. Water Sci Technol 
29(10–11):525–530  

    Kalyuzhnyi S, Sklyar V (2000) Biomineralisation of azo dyes and their breakdown products in 
anaerobic–aerobic hybrid and UASB reactors. Water Sci Technol 41(12):23–30  

    Kapdan IK, Alparslan S (2005) Application of anaerobic– aerobic sequential treatment system 
to real textile waste- water for color and COD removal. Enzyme Microb Technol 36(2–3):
273–279  

    Kapdan IK, Oztekin R (2003) Decolorization of textile dyestuff Reactive Orange 16 in fed-batch 
reactor under anaerobic condition. Enzyme Microb Technol 33(2–3):231–235  

    Kapdan IK, Tekol M, Sengul F (2003) Decolorization of simulated textile wastewater in an anaerobic–
aerobic sequential treatment system. Process Biochem 38(7):1031–1037  

    Khalid A, Arshad M, Crowley DE (2009) Biodegradation potential of pure and mixed bacterial 
cultures for removal of 4-nitroaniline from textile dye wastewater. Water Res 43:1110–1116  

    Kim SY, Young AJ, Woo KB (2008) The effects of reductant and carbon source on the microbial 
decolorization of azo dyes in an anaerobic sludge process. Dyes Pigment 76:256–263  

    Kuai L, De Vreese I, Vandevivere P, Verstraete W (1998) GAC-amended UASB reactor for the 
stable treatment of toxic textile wastewater. Environ Technol 19(11):1111–1117  



2736 Biodegradation of Azo Dyes from Wastewater

    Kulla HG, Klausener F, Meyer U, Ludeke B, Leisinger T (1983) Interference of aromatic sulfo 
groups in microbial degradation of the azo dyes orange I and orange II Arch. Microbiology 
135:1–7  

    Levine WG (1991) Metabolism of azo dyes: implication for detoxifi cation and activation. Drug 
Metab Rev 23(3–4):253–309  

    Libra JA, Borchert M, Vigelahn L, Storm T (2004) Two stage biological treatment of a diazo reactive 
textile dye and the fate of the dye metabolites. Chemosphere 56(2):167–180  

    Lin J, Zhang X, Li Z, Lei L (2010) Biodegradation of Reactive blue 13 in a two-stage anaerobic/
aerobic fl uidized beds system with a  Pseudomonas  sp. Isolate. Bioresour Technol 
101(1):34–40  

    Lourenco ND, Novais JM, Pinheiro HM (2000) Reactive textile dye colour removal in a sequencing 
batch reactor. Water Sci Technol 42(5–6):321–328  

    Lourenco ND, Novais JM, Pinheiro HM (2001) Effect of some operational parameters on textile 
dye biodegradation in a sequential batch reactor. J Biotechnol 89(2–3):163–174  

    Lourenco ND, Novais JM, Pinheiro HM (2003) Analysis of secondary metabolite fate during 
anaerobic–aerobic azo dye biodegradation in a sequential batch reactor. Environ Technol 
24(6):679–686  

    Luangdilok W, Panswad T (2000) Effect of chemical structures of reactive dyes on color removal 
by an anaerobic–aerobic process. Water Sci Technol 42(3–4):377–382  

    McMullan G, Meehan C, Conneely A, Nirby N, Robinson T, Nigam P, Banat IM, Marchant R, 
Smyth WF (2001) Mini review: microbial decolourisation and degradation of textile dyes. 
Appl Microbiol Biotechnol 56(1–2):81–87  

    Minke R, Rott U (2002) Untersuchungen zur innerbetrieblichen anaeroben Vorbehandlung stark 
farbiger Abwasser der Textilveredelungsindustrie (Investigations to anaerobic pre-treatment of 
highly colored textile industry wastewater). Wasser Abwasser 143(4):320–328  

    Moosvi S, Datta M (2007) An integrated process for the treatment of CETP wastewater using 
coagulation, anaerobic and aerobic process. Bioresour Technol 98:3384–3392  

    O’Neill C, Hawkes FR, Esteves SRR, Hawkes DL, Wilcox SJ (1999a) Anaerobic and aerobic 
treatment of a simulated textile effl uent. J Chem Technol Biotechnol 74(10):993–999  

    O’Neill C, Hawkes FR, Hawkes DL, Lourenco ND, Pinheiro HM, Delee W (1999b) Colour in 
textile effl uents—sources, measurement, discharge consents and simulation: a review. J Chem 
Technol Biotechnol 74(11):1009–1018  

    O’Neill C, Hawkes FR, Hawkes DW, Esteves S, Wilcox SJ (2000a) Anaerobic–aerobic biotreatment 
of simulated textile effl uent containing varied ratios of starch and azo dye. Water Res 
34(8):2355–2361  

    O’Neill C, Lopez A, Esteves S, Hawkes FR, Hawkes DL, Wilcox S (2000b) Azo-dye degradation 
in an anaerobic–aerobic treatment system operating on simulated textile effl uent. Appl 
Microbiol Biotechnol 53(2):249–254  

    Ong SA, Toorisaka E, Hirata M, Hano T (2005) Decolorization of azo dye (Orange II) in a sequential 
UASB–SBR system. Sep Purif Technol 42(3):297–302  

    Pagga U, Brown D (1986) The degradation of dyestuffs: part II. Behaviour of dyestuffs in aerobic 
biodegradation tests. Chemosphere 15(4):479–491  

    Pandey A, Singh P, Iyengar L (2007) Bacterial decolorization and degradation of azo dyes. Int 
Biodeterior Biodegrad 59:73–84  

    Panswad T, Luangdilok W (2000) Decolorization of reactive dyes with different molecular structures 
under different environmental conditions. Water Res 34(17):4177–4184  

    Panswad T, Iamsamer K, Anotai J (2001a) Decolorisation of azo-reactive dye by polyphosphate 
and glycogen-accumulating organisms in an anaerobic–aerobic sequencing batch reactor. 
Bioresour Technol 76:151–159  

    Panswad T, Techovanich A, Anotai J (2001b) Comparison of dye wastewater treatment by normal and 
anoxic anaerobic/aerobic SBR activated sludge processes. Water Sci Technol 43(2):355–362  

    Pearce CI, Lloyd JR, Guthrie JT (2003) The removal of colour from textile wastewater using whole 
bacterial cells: a review. Dyes Pigment 58(3):179–196  



274 P.K. Mondal and B. Chauhan

    Rajaguru P, Kalaiselvi K, Palanivel M, Subburam V (2000) Biodegradation of azo dyes in a 
sequential anaerobic– aerobic system. Appl Microbiol Biotechnol 54:268–273  

    Razo-Flores E, Donlon BA, Field JA, Lettinga G (1996) Biodegradability of N-substituted aromatics 
and alkylphenols under methanogenic conditions using granular sludge. Water Sci Technol 
33(3):47–57  

    Robinson T, McMullan G, Marchant R, Nigam P (2001) Remediation of dyes in textile effl uent: a 
critical review on current treatment technologies with a proposed alternative. Bioresour Technol 
77(3):247–255  

    Sarsour J, Janitza J, Gahr F (2001) Biological degradation of dye-containing wastewater 
(Biologische Abbau farbstoff haltiger Abwasser). Wasser Luft Boden 6:44–46  

    Schink B, Philipp B, Muller J (2000) Anaerobic degradation of phenolic compounds. Review 
Naturwissenschaften 87:12–23  

    Seshadri S, Bishop PL, Agha AM (1994) Anaerobic/aerobic treatment of selected azo dyes in 
wastewater. Waste Manage 14(2):127–137  

    Shaul GM, Holdsworth TJ, Dempsey CR, Dostal KA (1991) Fate of water soluble azo dyes in the 
activated sludge process. Chemosphere 22:107–119  

    Shaw CB, Carliell CM, Wheatley AD (2002) Anaerobic/aerobic treatment of coloured textile 
effl uents using sequencing batch reactors. Water Res 36(8):1993–2001  

    Sosath F, Libra JA (1997) Purifi cation of wastewaters containing azo dyes. Acta Hydrochim 
Hydrobiol 25(5):259–264  

       Sosath F, Libra J, Wiesmann U (1997) Combined biological and chemical treatment of textile dye-
house wastewater using rotating disc reactors. In: Kornmuller A (ed) Treatment of wastewaters 
from textile processing. Technische Universitat Berlin Universitatsbibliothek, Berlin, pp 229–
243,   http://www.ecoprocess.de/pdf/SFB1997Sosath.pdf      

    Southern TG (1995) Technical solutions to the colour problem: a critical review. In: Cooper P (ed) 
Colour in dyehouse effl uent. Society of Dyers and Colourists, Bradford, pp 73–91  

    Sponza DT, Isik M (2002a) Decolorization and azo dye degradation by anaerobic/aerobic sequential 
process. Enzyme Microb Technol 31(1–2):102–110  

    Sponza DT, Isik M (2002b) Ultimate azo dye degradation in anaerobic/aerobic sequential processes. 
Water Sci Technol 45(12):271–278  

    Sponza DT, Isik M (2005) Reactor performances and fate of aromatic amines through decolorization 
of Direct Black 38 dye under anaerobic/aerobic sequentials. Process Biochem 40(1):35–44  

    Stolz A (2001) Basic and applied aspects in the microbial degradation of azo dyes. Appl Microbiol 
Biotechnol 56(1–2):69–80  

    Supaka N, Juntongjin K, Damronglerd S, Delia M-L, Strehaiano P (2004) Microbial decolorization 
of reactive azo dyes in a sequential anaerobic–aerobic system. Chem Eng J 99(2):169–176  

   Tan NCG (2001) Integrated and sequential anaerobic/aerobic biodegradation of azo dyes. PhD 
thesis, Agro technology and Food Sciences, Sub-department of Environmental Technology, 
Wageningen University, Wageningen  

    Tan NCG, Opsteeg JL, Lettinga G, Field JA (1999) Integrated anaerobic/aerobic EGSB bioreactor 
for azo dye degradation. In: Fass R, Flashner Y, Reuveny S (eds) Bioremediation of nitroaro-
matics and haloaromatic compounds. Battelle, Columbus/Richland, pp 253–258  

    Van der Zee FP, Villaverde S (2005) Combined anaerobic–aerobic treatment of azo dyes—a short 
review of bioreactor studies. Water Res 39:1425–1440  

    Van der Zee FP, Bisschops IAE, Blanchard VG, Bouwman RHM, Lettinga G, Field JA (2003a) 
The contribution of biotic and abiotic processes during azo dye reduction in anaerobic sludge. 
Water Res 37(13):3098–3109  

    Vandevivere PC, Bianchi R, Verstraete W (1998) Treatment and reuse of wastewater from the 
textile wet-processing industry: review of emerging technologies. J Chem Technol Biotechnol 
72(4):289–302  

    Walker R (1970) The metabolism of azo compounds: a review of the literature. Food Cosmet 
Toxicol 8(6):659–676  

    Wiesmann U, Sosath F, Borchert M, Riedel G, Breithaupt T, Mohey El-Dein A, Libra J (2002) 
Attempts to the decolorization and mineralization of the azo dye C.I. Reactive Black 5. Wasser 
Abwasser 143(4):329–336  



2756 Biodegradation of Azo Dyes from Wastewater

    Wuhrmann K, Mechsner K, Kappeler T (1980) Investigation on rate-determining factors in the 
microbial reduction of azo dyes. Eur J Appl Microbiol Biotechnol 9:325–338  

    Xu M, Guo J, Sun G (2007) Biodegradation of textile azo dye by Shewanella decolorationis S12 
under microaerophilic conditions. Appl Microbiol Biotechnol 76:719–726  

    You SJ, Teng JY (2009) Anaerobic decolorization bacteria for the treatment of azo dye in a sequen-
tial anaerobic and aerobic membrane bioreactor. Journal of the Taiwan Institute of Chemical 
Engineers 40(5):500–504  

    Zaoyan Y, Ke S, Guangliang S, Fan Y, Jinshan D, Huanian M (1992) Anaerobic–aerobic treatment 
of a dye wastewater by combination of RBC with activated sludge. Water Sci Technol 
26(9–11):2093–2096      



277E. Lichtfouse et al. (eds.), Environmental Chemistry for a Sustainable World: 
Volume 2: Remediation of Air and Water Pollution, DOI 10.1007/978-94-007-2439-6_7, 
© Springer Science+Business Media B.V. 2012

  Abstract   Air quality monitoring is an integral part of an Environmental Impact 
Assessment Programme. It can be carried out either by direct air samplers or by 
employing biomonitoring plants. Monitoring of air pollution using living organisms 
provide information on the nature and quantity of pollutants at low cost. Lichens 
can be used as biomonitoring organism because they have slow growth rate and can 
survive longer than vascular plants and are highly dependent on atmospheric source 
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for nutrients. The feature that makes lichens a very useful group of plants in 
comparison to other vascular plants is that they do not shed their parts and remain a 
repository of facts. Lichen biomonitoring in a diverse and wide geographic area of 
India can provide a cost effective alternative to monitor the air quality of such a 
wide region. The data presented here is the consolidated information about the 
biomonitoring studies carried out in India till date, which will provide the base line 
data for future biomonitoring studies and prospects of utilizing lichens in air quality 
studies in India. The pollutants discussed are Pb, Zn, Ni, Cu, Hg, Cr and polycyclic 
aromatic hydrocarbons.  

  Keywords   India  •  Air pollution  •  Anthropogenic origin  •  Environmental monitoring  
•  Biomonitoring  •  Lichen  •  Lichen diversity  •  Heavy metal  •  Polycyclic aromatic 
hydrocarbons  •  Pyrogenic origin  •  Petrogenic origin  •  Physiological response      

    7.1   Introduction 

 Air pollution is a serious global problem especially in developing countries like 
India. In India air pollution is mainly due to unplanned developmental processes: 
growing urban settlements, increasing traffi c, industrial development (Singh et al. 
 2007  ) . Major input of contaminants in metropolitan cities of India, like Delhi, Kolkata 
and Mumbai, is due to vehicular activity, which ranges upto 70%, 52% and 30%, of 
the total pollution load in these cities, respectively. There has been an exponential 
increase in the number of vehicles since 1971 (Fig.  7.1 ). India has 23 major cities of 
over one million population and air pollution levels in these cities exceed the WHO 
standards in many of them (Gupta et al.  2002 ; Chauhan et al.  2010  ) . A variety of 
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substances, which include greenhouse gases (including carbon dioxide and methane), 
sulphur dioxide and NOx gases, organic dust, and particulate matter having natural 
as well as anthropogenic origin, are the major source of air pollution. After the 
release, pollutants undergo physical, chemical, and photochemical transformations, 
which ultimately decide their fate and atmospheric concentrations. The major concern 
about the air pollutants is that it does not remain confi ned near the source of 
emission, but spread over distances (WHO  2000  ) .  

 Two methodologies are known for air quality monitoring, (i) direct collection of 
airborne particulate matter, precipitation and total deposit using air samplers or (ii) 
employing biomonitors (bioaccumulators). The fi rst approach is aimed at quantita-
tive surveys of pollutants at different locations. It provides the temporal and spatial 
representation of measurements at different locations. Direct measurements on a 
large scale are extremely costly, therefore approach involving use of biomonitors is 
regarded a non-expensive and reliable means of air quality status assessment in a 
country or a region. Certain types of biological organisms like lichens provide a 
measure of integrated exposure over a certain amount of time (Markert et al.  2003  ) . 
The term Bioindicator/biomonitor is used to refer to an organism, or a part of it, that 
depicts the occurrence of pollutants on the basis of specifi c symptoms, reactions, 
morphological changes or concentrations. There is considerable variation in the use 
of the terms bioindicator and biomonitor and related terminologies as in Table  7.1  
(Wittig  1993 ; Markert et al.  2003 ; Markert et al.  1997  ) .  

 High sensitivity towards changes in microclimatic condition in the ambient envi-
ronment is an important aspect for its utility in assessment of air quality and its 
effects on lichen provides useful information on the state of health of the environ-
ment (Manning and Feder  1980  ) . Since lichen sampling is relatively simple and no 
expensive technical equipments are needed, therefore air quality monitoring with 
the help of biomonitoring with lichens can be effectively utilized for air quality 
monitoring in India as the country has wide geographical area and numerous anthro-
pogenic sources of air pollution.  

   Table 7.1    Terminology used in various aspect of biomonitoring studies (Wittig  1993 ; Markert 
et al .   2003 ; Markert et al.  1997  )    

 Terminology 

 1. Bioindicator  Organisms that provide information on the environment or the 
quality of environmental changes 

 i. Reaction indicators  Organisms which have a sensitive reaction to air pollutants 
and which are used especially in studying the effects of 
pollutants on species composition, and on physiological 
and ecological functioning 

 ii. Accumulation indicators  Organisms that readily accumulate a range of pollutants and 
are therefore used especially when monitoring the amount 
of pollutants and their distribution 

 2. Biomonitor  Organisms that provide quantitative information on the 
quality of the environment 

 i. Passive biomonitors  Organisms which occurs naturally in the study area 
 ii. Active biomonitors  Organisms are transplanted into the research area under 

controlled conditions for a specifi c period of time 
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    7.2   Lichen as an Effective Biomonitoring Organism 

 Lichens are slow-growing symbiotic associations of fungi (mycobionts) and green 
algae or cyanobacteria (photobionts), which forms a common thallus which lacks 
roots or waxy cuticles and relies mainly on the atmospheric input of mineral nutrients. 
They have wide geographical distribution (Wolterbeek et al.  2003  ) . 

 Tolerance to most of the heavy metals and the slow growth rate, are the main fac-
tors which makes lichens good indicators or/and monitors of metal pollution (Seaward 
 1974  ) . Lichens have ability to bioaccumulate airborne substance to concentrations 
much higher in comparison to the ambient atmosphere, and the element contents of 
lichen thalli proved to be directly correlated with environmental levels (Sloof  1995 ; 
Bari et al.  2001 ; Shukla and Upreti  2007a,   2008a ; Conti and Cecchetti  2001  ) . 

 Lichens have a wide variety of growth forms. Main morpho-types are fruticose 
(thallus has a shrub-like appearance or is branched), foliose (thalli are ‘leafy’ with 
distinct upper and lower sides) and crustose (thallus forms a crust over the 
substrate). The fruticose lichens are the most sensitive towards pollution followed 
by foliose and crustose forms (Awasthi  2000  ) , while foliose lichens are better accu-
mulators in comparison with fruticose ones (   Swinscow and Krog  1988 ; St. Clair 
et al.  2002a,   b  ) . In general foliose lichens are employed in the biomonitoring studies 
(Fig.  7.2 ) which may be due to the morphology of the foliose lichens that provides 
larger surface area for the absorption/adsorption of the pollutants. As in the case of 
 P. hispidula , dense tuft of rhizinae present on the lower side of the thallus act as a 
reservoir for metals (Goyal and Seaward  1982  ) . Selection of the species of lichens 
to be utilized as a biomonitor is depended on the morphology and anatomy of the 
particular species (Riga-Karandinos and Karandinos  1998  ) .  

    7.2.1   Characteristic Features of Lichens Utilized 
in Biomonitoring Studies 

 Lichens has been recognized and successfully utilized as biological indicators of air 
quality. They are among the most valuable and reliable biomonitors of atmospheric 
pollution. Primarily lichens were utilized to monitor gaseous pollution, namely sul-
phur (SO 

2
 ), nitrogen (NO 

x
 , NH 

3
 , NO 

3
 , etc.) (Rao and LeBlanc  1967 ; Vestergaard 

et al.  1986  ) . Lichens show high sensitivity towards sulphur dioxide because their 
effi cient absorption systems result in rapid accumulation of sulphur when exposed 
to high levels of sulphur dioxide pollution (Wadleigh and Blake  1999  ) . The algal 
partner (5–10% of total thallus structure) is most affected by the sulphur dioxide as 
chlorophyll is irreversibly converted to phaeophytin and thus photosynthesis is 
inhibited (Upreti  1994  ) . Lichens also absorb sulphur dioxide dissolved in water 
(Hawksworth and Rose  1970  ) . Excessive levels of pollutants in the atmosphere, 
especially SO 

2
 , has detrimental effect on the physiology and morphology of sensi-

tive species, causes extinction of the species, which ultimately results in changed 
lichen diversity pattern (Haffner et al.  2001 ; Purvis  2000  ) . 
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 Change in the community structure of epiphytic lichens is a sensitive indicator of 
the biological effects of air pollutants (Richardson  1991 ; Pinho et al.  2004 ; Paoli 
and Loppi  2008  ) . Rise in the number of nitrophillous lichens especially members of 
the  Physciaceae  family (including  Phaeophyscia  and  Pyxine ) has been attributed to 
climate change and also to dry and dusty conditions in urban centers (van Herk et al. 
 2002 ; Loppi and Pirintos  2000  ) . In addition to lichen diversity changes, lichens are 
being widely used for monitoring accumulation of heavy metals (Loppi et al.  1998 ; 
Garty et al.  2003 ; Shukla and Upreti  2007a  ) . 

 Lichens are employed for air quality assessment in three ways viz., by identify-
ing and mapping all lichen species in an area (LDV and IAP studies), transplanting 
healthy lichens into a polluted area and measuring thallus deterioration and sampling 

  Fig. 7.2    Growth forms of lichen, their sensitivity and biomonitoring potential       
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an individual species and measuring contaminants accumulated within the thallus 
(Pfeiffer and Barclay-Estrup  1992 ; Garty et al.  2003 ; Loppi and Frati  2006 ; Pinho 
et al.  2004 ; Shukla and Upreti  2007a ; Shukla et al.  2010 b). 

 Mechanisms involved to accumulate substances in lichens from their ambient 
atmosphere include, particulate trapping, ion exchange, extra cellular absorption, 
hydrolysis, and intracellular uptake (Nieboer et al.  1978  ) .   

    7.3   World Scenario 

 Nylander (    1866 ), fi rst discussed that the absence of lichens in city of Paris due to air 
pollution originating from the surrounding buildings. Since then more than 2,000 
references are available on the similar and increasingly extensive example of lichen 
changes around towns and industrial complexes all over the world. 

 Damage caused due to increasing air pollution (especially metal stress) has been 
estimated in transplanted lichens by estimating physiological parameters (Richardson 
 1992 ; Pirintsos et al.  2004 ; Haffner et al.  2001 , Dzubaj et al.  2008 ; González and 
Pignata  1994 ; Garty et al.  1997 ; Baddeley et al.  1972  ) . Pollution level of critically 
polluted area with sparse or no lichen (lichen desert zone) have been successfully 
assessed with lichen transplants studies (Garty et al.  2003  ) .  Hypogymnia physodes  
(pollution tolerant lichen) abundant in the Pacifi c Northwest, is being frequently 
transplanted worldwide for air quality monitoring (Brodo  1961 ; Holopainen  1984 ; 
   Farkas et al.  1985 ; Gailey et al.  1985 ; Shirazi et al.  1996 ; McCune et al.  1996 ; 
Vestergaard et al.  1986 ;    Pirintsos et al.  2006  ) . 

 Most of the recent literature on lichens and air pollution are related to monitoring 
of metals concentration in lichens, its effects on lichen distribution or on ecophysi-
ological parameters (Loppi and Bonini  2000 ; Poličnik et al.  2008 ; Thrower  1980 ; 
Cabral  2003 ; Loppi et al.  1997 ; Dzubaj et al.  2008  ) . Quite few researches are avail-
able on biomonitoring of persistent organic pollutants in relation with lichens and 
mosses (Augusto et al.  2009 ; Guidotti et al.  2003 ; Ockenden et al.  1998 ; Muir et al. 
 1993 ; Shukla et al.  2010 ; Shukla and Upreti  2009  ) . The use of lichens as indicators 
of air pollution has been well studied in Europe and northern America (Herzig et al. 
 1989 ; Conti and Cecchetti  2001 ; Loppi and Frati  2006 ; Thormann  2006 ; Pinho et al. 
 2004 ; Crespo et al.  2004  ) ; however, little is known about air pollution and its effects 
on lichen in India.  

    7.4   Biomonitoring Studies Carried Out in India Till Date 

 Indian landscape has wide geographical area ranging from tropical to alpine climate. 
It has rich lichen diversity with more than 2,300 species, reported from different 
regions of the country, belonging to 305 genera and 74 families. Out of these species 
reported about 520 species (22.5%) are endemic (Singh and Sinha  2010  ) . There are 
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lichen hot spots like Great Himalayan National Park, Western Ghats, North-Eastern 
states and Nanda Devi Biosphere Reserve (Upreti and Nayaka  2008  )  but the urban 
areas have poor diversity, and only some tolerant species belonging to members of 
Physciaceae dominates the lichen fl ora dominates the lichen fl ora (Fig.  7.3 ) of urban 
center (Shukla  2007  ) .  
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  Fig. 7.3    Map of India showing different cities where long term biomonitoring studies are being 
carried out and some of the lichen rich areas of the country.* J&K: Jammu & Kashmir, GHNP: 
Great Himalayan National Park, NBR: NandaDevi Biosphere Reserve, MPG: Milam & Pindari 
Glacier, PWS: Panch marhi Wildlife Sanctuary, AABR: Amarkantak-Achanakmaar Biosphere 
Reserve, S: Sikkim, NH: Nilgiri Hills, which have contributed to the rich lichen diversity of 
India.(* Source: Lichen rich area (Upreti and Nayaka  2008  ) .  1 . DEHRADUN,  2 . HARIDWAR, 
 3 . RISHIKESH,  4 . SRINAGAR (G.),  5 . CHOPTA,  6 . BADRINATH,  7 . PITHORAGARH)       
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 In tropical climate of India  Pyxine subcinerea ,  Phaeophyscia hispidula  and 
 Dirinaria applanata  (Fig.  7.4 ), common foliose member of lichen family 
 Physciaceae , having well known pollution tolerant characters are the most suitable 
lichen taxa for carrying out Active (transplant) as well as Passive (organism taken 
from their natural habitat) biomonitoring.  

 In tropical India,  Shorea robusta  has been reported to be an excellent host for 
lichen growth (Satya et al.  2005  ) .  Mangifera indica  is the other tropical tree having 

  Fig. 7.4    Different lichen species widely used for biomonitoring studies in India. 1.  Phaeophyscia 
hispidula  (Ach.) Moberg, 2.  Pyxine subcinerea  Stirton.3.  Dirinaria applanata  (Fée) D.D. 
Awasthi       
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suitable habitat for luxuriant growth of many lichen taxa. In sub-temperate areas of 
India trees of  Melia sp . Also provide suitable suitable for growth of lichen along 
the road side. 

 Systematic study on lichens was initiated in India by Awasthi  (  1957  ) , who deci-
phered the lichen fl ora of India, Nepal and Sri Lanka (Awasthi  1988 ; Awasthi  1991 ; 
Awasthi  2007  ) . Biomonitoring studies with lichens in India were initiated by Das in 
the year 1986. Since then several studies have been carried out in various parts 
of India. 

    7.4.1   Bioindicator Studies in India 

 Foliose and fruticose epiphytic lichens are best suited for biomonitoring studies 
(Seaward  1993 ; van Dobben and ter Braak  1999  ) . In urban environment, sulphur 
dioxide along with the NO 

X
  gases (resulting from vehicular emissions) has antago-

nistic effect on lichen community at relatively high doses of gases in the environ-
ment (Balaguer et al.  1997  ) . Changes in the composition of lichen diversity including 
frequency, density and abundance provide fi rst hand evidence on the alterations in 
air quality of an area due to air pollution or microclimatic changes (van Herk et al. 
 2002 ; Aptroot and van Herk  2007  ) . 

 Since the last century there has been a considerable change/decline in the lichen 
biodiversity all around the world (Hauck  2009  ) . It has been observed that rate of 
decline of lichen biodiversity in Himalayan region especially Garhwal Himalayas is 
quite faster (Upreti and Nayaka  2008  ) . There is a considerable increase in the abun-
dance of thermophilous and poleotolerant lichens in temperate climate of Garhwal 
Himalayas. Increase in frequency and abundance of thermophilous and poleotoler-
ant lichen such as  Phaeophyscia hispidula  (Ach.) Moberg,  P. orbicularis ( Necker) 
Moberg,  Pyxine cocoes  (Swartz.) Nyl.,  P. subcinerea  Stirton,  Candelaria concolor  
(Dicks.) B. Stein , Punctelia borreri  (Sm.) Krog,  Physcia biziana  (Massal.) Zahlbr 
and  Xanthoria elegans  (Link.) Th. Fr,  Physconia enteroxantha  (Nyl.) Poelt, indicate 
changed environmental conditions in Garhwal Himalayas (Shukla and Upreti  2010 a; 
Shukla  2007  ) . 

 Lichen fl ora of Kolkata revealed the exclusive occurrence of pollution resistant 
species,  Parmelia caperata  (=  Flavoparmelia caperata ) on the road side trees of 
Kolkata. The most probable reason for existence of resistant species was long range 
dispersal of pollutants (caused by nearby factories) with wind (Das et al.  1986  ) . 

 Lichen fl ora of Garden city, Bangalore was explored by Nayaka et al.  (  2003  ) . 
Signifi cant change in the lichen diversity was observed in comparison to earlier 
study conducted 18 years earlier. There were only four species common between 
two studies. Air quality of Pune city in Maharashtra Province was assessed by 
distribution of lichens in the city. It was observed out of the 20 streets/sites of the 
Pune city surveyed, only 11 sites showed the presence of lichens Nayaka and 
Upreti  (  2005a  ) . 
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 Grid plotting technique has been utilized to map lichen diversity in Lucknow 
city. In this study distribution of each species was plotted in 1 × 1 km grid in all 
direction. The distribution data of lichens collected from all the four areas viz. 
North, East, West and South, provided four distinct zones, viz. Zone A with no 
lichen growth, was the area within the center of the city upto 5 km all around, Zone 
B- showed presence of some calcareous lichens mostly in the areas with old histori-
cal buildings, Zone C- had scare growth of few crustose and foliose lichen in the 
localities with scattered mango trees, Zone D- showed normal growth of different 
epiphytic lichen taxa together with same foliicolous (leaf inhabiting) lichens, an 
indication of a more or less pollution free environment (   Saxena and Upreti  2004  ) . 

 An earlier enumeration of lichens of Indian Botanical Garden collected by Kurz 
in 1865 and described by Nylander in 1867 was compared by Upreti et al.  (  2005  ) . It 
is interesting to note that in the last more than 140 years the lichen fl ora of the area 
has been changed signifi cantly as only three species out of 50 species (recorded 
earlier) were common between the two studies.  

    7.4.2   Biomonitoring Studies in India 

    7.4.2.1   Heavy Metals 

 Lichen morphology and physiology enable it to be a good reservoir of metals. 
Various heavy metals such as Pb, Zn, Ni, Cu, Hg, and Cr considered as toxic for 
many other living organisms, may be accumulated simultaneously in lichen thallus 
(Garty  1993  ) . Accumulation of metals by lichen thalli is one of the extensively 
studied aspects in lichen biomonitoring (Nieboer et al.  1978  ) .Vehicular activity is 
reported to be the main source of atmospheric Cr, Cu and Pb (Loppi et al.  1998 ; 
Tuba and Csintalan  1993  ) . 

 In India, air quality of major cities in the country has been evaluated with the 
help of lichens. Vehicular pollution contributes major input of wide range of pollut-
ants in the atmosphere including heavy metals (Chauhan et al.  2010  ) . Biomonitoring 
studies are mainly concentrated on bioaccumulation of metallic content since in the 
urban centers vehicular and anthropogenic activity is the main contributing source 
of pollution. The negative correlation of concentration of Pb with the distance from 
the source of pollution has been well documented by Dubey et al.  (  1999  ) . 

 Height plays an important role in accumulation in lichen, which has observed by 
transplant study using lichen,  Dirinaria consimilis  in two vertical positions in 
Lucknow city. Cr and Cu were reported to be in higher concentration at higher 
height while maximum zinc was detected at lower height (Bajpai et al.  2004  ) . 
Commercial and industrial sites of Lucknow city were also surveyed for their metallic 
input to the environment by Mishra et al.  (  2003  ) . Sample facing towards the source 
of pollution was reported to have higher concentration of metals than the leeward 
one. Saxena et al.  (  2007  )  analysed the effect of vehicular activity on accumulations 
in six common lichen species growing on  Mangifera indica  trees in Mango orchards 
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surrounding in the north side of the Lucknow city. The study revealed the higher 
concentrations of Pb (3.3–15.6  m g g −1 ) Zn (49–219  m g g −1 ) Cu (10.2–66.6  m g g −1 ) 
and Fe (1,748–19,374  m g g −1 ). 

 Lichens have also been used for study of manganese emissions from mines. 
Magnasite mining area of Chandak in Pithoragarh, Uttarakhand was studied by 
Nayaka et al.  (  2005b  ) , the concentration of Manganese (Mn) in different lichen taxa 
varied considerably. The concentration of Manganese varied between 40 and 
50  m g g −1  in different lichen species. 

 In order to study the bioaccumulation pattern and effect of common fungicide, 
Bordeaux mixture (mixture of copper sulphate and hydrated lime; CuSO 

4
  + Ca(OH) 

2
 ), 

on lichens.  Cryptothecia punctulata  was analysed which bioaccumulated Cu, Ca, 
and S as 575, 10, 21,000  m g g −1  respectively (   Nayaka et al.  2005c  ) . 

 The different urban areas in the Garhwal Himalayas were studied for their lichen 
distribution and air quality assessment (inorganic as well as organic contaminants). 
The common foliose lichen  Pheophyscia hispidula  has been successfully employed 
for passive biomonitoring to observe the inorganic and organic pollutants in the 
ambient air of urban areas viz. capital city of DehraDun and Holy pilgrimage center 
Badrinath, Pauri, Srinagar (Garhwal) and Chopta-Tungnath. (Shukla  2007 ; Shukla 
and Upreti  2007a  ) . 

 Madhya Pradesh, a central province of Republic of India is known for its historical 
monuments. These monuments were constructed by sedimentary rock, which act as 
suitable substratum for lichenization.  Lepraria lobifi cans  Nyl., leprose lichen 
growing naturally on monuments and buildings in the city Mandav in central India 
was utilized for passive monitoring of atmospheric metals. Samples collected from 
road site revealed the maximum concentration of Fe, Cd, Cr, Ni, and Zn.  L. lobifi cans  
exhibited the higher accumulation of Fe than foliose and fruticose lichens  (  Bajpai 
et al. 2010a     ) . 

 Arsenic in different growth forms of lichens growing on old monuments in the 
city of Mandav, Dhar district of Madhya Pradesh, was analyzed by Bajpai et al. 
 (  2009  ) . Among the different growth forms, foliose lichens were found to accumulate 
higher amounts of arsenic followed by leprose form. It was observed that cyanoli-
chens exhibit higher concentration of arsenic than the green photobionts-containing 
squammulose form.  

    7.4.2.2   Physiological Response 

 Diversity of epiphytic lichens responds to air pollutants emitted by pollution source 
but it requires continuous exposure for a period, which results in the changes in species 
number and composition. It is the changes on physiological level which results in 
extinction or tolerance of the species in response to the level of pollution, which is 
refl ected by the change in the species composition. Therefore monitoring physio-
logical changes in lichen exposed to air pollution can help to detect early stress 
symptoms (Paoli and Loppi  2008  ) . 
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 In India, urban centers has poor diversity, some tolerant species dominate the 
lichen fl ora mostly dominated by members of  Physciaceae  family (Shukla  2007  ) . In 
order to investigate the probable adaptation prevalent in the naturally and luxuri-
antly lichen growing in these centers. Stress physiology of  P. hispidula  was studied 
by Shukla and Upreti  (  2007b  )  in Pauri and Srinagar, Uttaranchal. Chl. a, Chlorophyll 
degradation ratio and protein revealed positive correlation with the increase in 
pollution. 

 Other poleotolerant species of  Physciaceae  family,  Pyxine subcinerea  and 
 Rinodina sophodes  and  Pyxine cocoes  from Srinagar (Garhwal), Kanpur city and 
Raebareily respectively, were evaluated for its physiological response to metallic 
stress (Shukla and Upreti  2008a ; Satya and Upreti  2009 ;  Bajpai et al. 2010  ) .  

    7.4.2.3   Polycyclic Aromatic Hydrocarbons 

 Polycyclic Aromatic Hydrocarbons lies in the category of human health hazardous 
compound having known carcinogenic and mutagenic properties. The main sources 
of PAHs are combustion processes and oil spillage. In India traditional usage of coal 
and wood for cooking and other purposes cause high input of PAH to the environ-
ment (Shukla et al.  2010 b). 

 In order to quantify PAHs in Garhwal Himalayas, Shukla et al.  (  2010 b) studied 
lichens collected from different sites from Garhwal Himalayas, Uttaranchal, which 
revealed pyrolytic origin while PAH concentration in lichen  Phaeophyscia hispidula  
from DehraDun, capital city of Uttaranchal revealed mixed origin, a major charac-
teristic of urban environment. The study established the utility of  P. hispidula  as 
an excellent biomonitoring organism in monitoring both PAH and metals in the 
temperate regions of India (Shukla and Upreti  2009  ) . 

 In urban centers vehicular traffi c has been recognized as signifi cant sources of 
pollution. The ambient air in urban environment favours only nitrophilous lichens 
to fl ourish well especially, members of Physciaceae family.  P. hispidula  (a member 
of Physciaceae family) presents a large contact surface for atmospheric pollutants 
and is able to accumulate high amounts of heavy metals in polluted areas  (  Shukla 
and Upreti 2007a     ) .  

    7.4.2.4   Role of Lichen Substances (Chemical Response) 

 In India, few studies (Shukla  2007  )  have been conducted regarding role of lichen 
substances in response to air pollution. The morphology and physiology together 
with lichen substances of the  Pyxine subcinerea  and  P. hispidula  is known to play a 
key role in the thermo protection of cellular structure in urban environment. It has 
been found that chemically, in  P. subcinerea  main constituent is lichaxanthone and 
it tends to increase in urban sites in comparison to the control sites (Shukla and 
Upreti  2008b  ) . High pigment concentration may be a complimentary feature for the 
high success of these species in the urban climate.    
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    7.5   Advantage of Biomonitoring with Lichen 
in Indian Perspective 

 Lichens are cheap and effective indicators and monitors of atmospheric pollution 
because of their high sensitivity towards ambient microclimatic changes, which can 
be monitored on quantitative and qualitative scale. This gives them a considerable 
advantage over other biological means for environmental monitoring (Manning and 
Feder  1980  ) . Lichen diversity studies provide preliminary information on the air 
quality status thus they can help to install analytical instruments at specifi c location 
for detailed analysis. Further, transplant studies is an alternative to installation of air 
samplers at busy polluted (lichen desert), data thus collected may be utilized for 
long term biomonitoring studies (Richardson  1991  ).  

 As lichens do not shed their parts and remain a repository of facts, which reduces 
the need for continuous chemical monitoring. Thus biomonitoring studies using 
lichens make it possible to recognize source and spatial dispersal of air pollution 
which is an important step in environment protection practice moreover any 
improvement in air quality can be tracked by reinvasion studies (Augusto et al. 
 2009 ; Conti and Cecchetti  2001 ; Hawksworth and Rose  1970  ) . 

 India, a megadiversity region, having rich diversity of different plant groups 
including lichens, therefore long term biomonitoring studies data can provide fi rst 
hand evidence about the air quality of an area Furthermore, some species of lichens 
like  Phaeophyscia, Dirinaria  and  Pyxine  can be best utilized for screening the accu-
mulation pattern as they have vast geographical distribution used for passive 
biomonitoring while urban center can be monitored by transplanting lichen taken 
from the lichen rich areas. Therefore biological monitoring employing lichen is well 
suited in Indian perspective as it is cost effective and installation of analytical instru-
ments in such a large region is not feasible. Advantage of the biomonitoring studies 
lie on the fact that it provides accurate air quality (environmental condition) without 
installation of costly air monitoring instruments. 

 Thus biomonitoring with lichens can play a pivotal role in the environmental con-
servation programme in India which provides reliable information on the present 
environmental condition and any improvement or deterioration in the air quality.  

    7.6   Conclusion 

 Owing to the vast geographical area of India, the number of studies so far conducted 
on lichens in relation to pollution monitoring is quite scarce. There is a need to carry 
out extensive biomonitoring studies with the help of lichens in different region of 
the country to know the level of prevailing air pollution (in the polluted area) and to 
study the effect of restoration measures by lichen reinvasion and long term biomoni-
toring studies. The present review provides the consolidated information available 
on biomonitoring studies carried out in India along with the established bioindicator 
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species i.e.  Phaeophyscia hispidula . The present information reported will act as a 
base line data which can be used in future for carrying out long term monitoring 
studies in the country.      
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  Abstract   The presence of pharmaceutical micropollutants in the environment has 
become of major concern in the last decades. Many electrochemical technologies 
are currently available for the remediation of waters contaminated by refractory 
organic pollutants. They are mainly defi ned as eco-friendly water treatments since 
the main reagent involved is a clean species, the electron. Recent reviews have 
focused on the destruction of pharmaceutical residues by the application of methods 
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like ozonation and advanced oxidation processes. Here, we present an overview on 
electrochemical methods devised for the removal of pharmaceutical residues from 
both synthetic solutions and real pharmaceutical wastewaters. The fundamentals 
and experimental set-ups involved in different technologies such as electrocoagula-
tion, anodic oxidation, electro-oxidation with active chlorine, electro-Fenton, 
photoelectro-Fenton, and photoelectrocatalysis, among others, are discussed. Progress 
on the promising solar photoelectro-Fenton process devised and further developed in 
our laboratory is especially highlighted and documented. The destruction of the indi-
vidual pharmaceuticals and the abatement of total organic carbon or reduction of 
chemical oxygen demand allow the comparison between the different methods. In some 
cases, the routes for the complete degradation of the initial pollutants are discussed.  

  Keywords   Advanced oxidation processes  •  Anodic oxidation  •  Boron-doped 
diamond anode  •  Carboxylic acids  •  Electrochemical technologies  •  Electrocoagulation  
•  Electro-Fenton  •  Electro-oxidation with active chlorine  •  Gas-diffusion electrode  
•  Hydrogen peroxide  •  Hydroxyl radical  •  Organic pollutants  •  Pharmaceuticals  
•  Photoelectrocatalysis  •  Photoelectro-Fenton  •  Reaction pathway  •  Solar-assisted 
processes  •  Total organic carbon (TOC)  •  Wastewater  •  Water treatment      

    8.1   Introduction 

 Since the 1970s, the impact of chemical contamination on the aquatic environment 
has mainly focused on persistent priority pollutants such as acutely toxic/carcinogenic 
pesticides, synthetic dyes, and industrial chemicals. This pollution considerably 
affects the feasibility of water reuse from effl uents of sewage treatment plants 
(STPs), which is an essential task due to the severe global water problems. Recently, 
pharmaceuticals are receiving increasing attention as potential bioactive chemicals 
in the environment, being considered as emerging pollutants because they still 
remain unregulated or are currently undergoing a regularization process under the 
assessment of the corresponding governmental agencies, although the directives 
and legal frameworks are not yet set-up (Daughton and Ternes  1999 ; Esplugas et al. 
 2007  ) . Actually, intensive research on this topic started about 15 years ago 
(Kümmerer  2009  ) . In the literature, different terms such as ‘drugs’, ‘pharmaceuticals’, 
‘pharmaceutically active compounds (PhACs)’, ‘active pharmaceutical ingredients 
(APIs)’, and ‘pharmaceuticals and personal care products (PPCPs)’ are routinely 
employed to refer to the same emerging issue. These compounds and their bioactive 
metabolites, all of them considered as ‘pharmaceutical residues’ in this review, 
are continuously introduced in the aquatic environment, where they can reach trace 
concentrations (i.e., micropollutants found in the ng L −1  or  m g L −1  range) and become 
persistent. This affects the water quality and drinking water supplies and may 
constitute a potential risk for the ecosystems and the human and animal welfare in 
the long term (Klavarioti et al.  2009  ) . In fact, it seems probable that most urban 
wastewater is contaminated with medicinal compounds (Jones et al.  2005  ) . Table  8.1  
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   Table 8.1    Classifi cation, use, and electrochemical treatment of common pharmaceuticals con-
tained in synthetic solutions prepared using ultra-pure, distilled, or deionized water, as well as in 
real wastewaters   

 Class 
 Specifi c compounds or 
groups  Use  Technology 

  Synthetic aqueous solutions  
 Analgesics/

Non-steroidal 
anti-infl amma-
tories (NSAIDs) 

 Paracetamol (acetamino-
phen), salicylic acid a , 
diclofenac, ibuprofen, 
ketoprofen, naproxen 

 NSAIDs are the most used and 
abused drugs in the world and 
have analgesic, antipyretic, 
and anti-infl ammatory effects 

 2,3,4,6 

 Antibiotics  Sulfonamides, fl uoroqui-
nolones, tetracyclines 

 Used to treat fungal and internal 
bacterial infections in both, 
humans and animals 

 2,3,4,6 

 Antiepileptics  Carbamazepine  They stop, prevent, or control 
convulsions, partial seizures, 
and generalized tonic-chronic 
seizures. 

 7 

 Antihypertensives 
( b -blockers) 

 Atenolol, metoprolol, 
propranolol 

 Chemicals that allow the 
treatment of cardiovascular 
disorders by reducing the 
blood pressure in the arteries. 

 2,3,4 

 Antineoplastics  Cyclophosphamide, 
ifosfamide 

 They can treat solid tumors, 
lymphomas, leukemias, and 
are helpful in some autoim-
mune disorders such as 
rheumatoid arthritis 

 2 

 Antiseptics/
Antimicrobials 

 Chlorophene, triclosan, 
triclocarban, 
chloroxylenol 

 Chemical agents that slow/stop 
the growth of micro-organ-
isms (germs) on external 
surfaces such as the 
epidermis and help prevent 
infections. 

 2,3,4 

 Contraceptives/
Steroidal 
hormones 

 17 a -ethinylestradiol, 
17 b -estradiol 

 Chemicals that are taken by 
mouth to inhibit normal 
fertility by acting on the 
hormonal system 

 2 

 Hypnotic/
Anti-anxiety 
agents 

 Diazepam, riluzole  They relieve anxiety, nervous-
ness, and tension associated 
with anxiety disorders 

 3 

 Blood lipid 
regulators 

 Clofi bric acid b   They reduce the cholesterol and 
triglyceride levels in the blood 

 2,3,4,7 

  Real wastewaters  
 Clinical/Hospital 

wastewaters 
 2 

 Pharmaceutical 
wastewaters 

 1,2,5 

  Technology: (1) Electrocoagulation; (2) Electrochemical oxidation; (3) Electro-Fenton and 
anodic Fenton treatment; (4) UVA/Solar photoelectro-Fenton; (5) Internal micro-electrolysis; 
(6) Photoelectrocatalysis; (7) Corona discharge 
  a Metabolite of acetylsalicylic acid 
  b Active metabolite of lipid regulators (clofi brate, theofi brate, etofi brate)  
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collects several common pharmaceutical residues, whose treatment will be discussed 
and referenced along this chapter. They have been detected in the aquatic environ-
ment and are used in either human or in veterinary medicine, as well as in other 
activities.  

 Several publications have been devoted to review the occurrence and fate of 
pharmaceuticals in the environment (Daughton and Ternes  1999 ; Pauwels and 
Verstraete  2006 ; Khetan and Collins  2007 ; Kümmerer  2009 ; Rahman et al.  2009  ) . 
Since thousands of tons of these chemicals are largely consumed worldwide, they 
are ubiquitous in soil and water. This kind of pollution arises from various routes, 
including emission from production sites, direct disposal of overplus drugs in house-
holds and hospitals, excretion from urine or faeces after drug administration to 
humans and animals, and water treatments in fi sh farms. Veterinary pharmaceuticals, 
for example, contaminate soil directly via manure and surface and ground waters by 
runoff from fi elds (Khetan and Collins  2007  ) . Pharmaceuticals persist in the 
environment mainly because the elimination of such highly polar compounds in the 
STPs is incomplete, ranging between 60% and 90% even under the possible action 
of biodegradation, deconjugation, partitioning, and photodegradation steps    (Jones 
et al.  2005  ) . Once they enter in these plants, three main fates are possible: (1) the 
compound is ultimately mineralized to carbon dioxide, inorganic ions, and water, 
(2) the compound does not degrade because of its lipophilicity, and it is partially 
retained in the sedimentation sludge, and (3) the compound metabolizes to a more 
hydrophilic species, thus remaining soluble. The STP effl uents then contain biore-
calcitrant unmetabolized and metabolized pharmaceutical residues that are released 
in the receiving surface waters, mainly rivers (Klavarioti et al.  2009  ) . 

 Pharmaceuticals released into the environment may impose toxicity potentially 
on any level of the biological hierarchy. Although the active ingredients of these 
compounds have been selected or designed because of their activity against organ-
isms, their effects on living beings in the aquatic and terrestrial environment are not 
well documented (Kümmerer  2009  ) . For example, it is usually accepted that some 
pharmaceuticals may cause long-term, irreversible changes to the micro-organisms 
genome, even at low contents, which therefore increases their resistance to them 
(Esplugas et al.  2007 ; Klavarioti et al.  2009  ) . However, several studies on the effects 
of antibiotics and other drugs such as diclofenac, ibuprofen, and carbamazepine on 
 Daphnia , algae, and bacteria have shown that chronic lowest observed effect con-
centrations (LOEC) under standard laboratory conditions are about two orders of 
magnitude higher than the maximum contents detected for STP effl uents. It has also 
been found that the LOEC of diclofenac for fi sh toxicity is in the range of wastewa-
ter concentration, whereas the LOEC of the beta-blocker propranolol for zooplank-
ton and benthic organisms is close to the maximum STP effl uent concentrations 
(Khetan and Collins  2007 ; Kümmerer  2009  ) . The question is certainly troublesome 
because the negative effects can remain unnoticed, being slowly accumulated until 
the evident changes are fi nally revealed (Daughton and Ternes  1999  ) . Furthermore, 
this kind of pollutants often occur as complex mixtures, giving rise to ‘drug cocktails’ 
whose toxicity has been seldom predicted, as in the case of beta-blockers (Cleuvers 
 2005  ) . More toxicological studies are then needed to clarify the possible effects of 
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the large variety of pharmaceuticals found in the environment on living beings. 
On the other hand, some pharmaceuticals have also been classifi ed as endocrine 
disrupting compounds (EDCs) and, consequently, their presence in the aquatic 
systems has risen considerable concern since these chemicals cause harmful 
effects on the human endocrine system (Esplugas et al.  2007 ; Klavarioti et al. 
 2009 ; Rahman et al.  2009  ) . 

 The aforementioned considerations clearly refl ect the need for the complete 
removal of pharmaceuticals and their metabolites from aquatic systems to avoid 
their potential toxicity and other possible dangerous health effects. These pollutants 
cannot be totally destroyed in the STPs using conventional techniques such as 
biological remediation and physicochemical treatments including coagulation, 
volatilization, adsorption, sedimentation, and fi ltration (Jones et al.  2005 ;    Suárez 
et al.  2008   ; Rahman et al.  2009 ). In most STPs, disinfection of fi nal effl uents is 
mandatory and usually chlorination or UV irradiation are applied; however, both 
techniques exhibit low oxidation ability and the trace organic pollutants are refrac-
tory to their action (Khetan and Collins  2007 ; Suárez et al.  2008  ) . For all these 
reasons, recent research has focused on the application of ozonation and advanced 
oxidation processes (AOPs) to the treatment of pharmaceutical residues and phar-
maceutical wastewaters. 

 The AOPs are environmentally friendly chemical, photochemical, or electro-
chemical methods sharing the common feature of the in situ production of the 
hydroxyl radical ( • OH) as their main oxidant. The  • OH radical is the second stron-
gest oxidizing agent known after fl uorine, having such a high standard reduction 
potential ( E °( • OH/H 

2
 O) = 2.8 V vs. Standard Hydrogen Electrode, SHE) that it is 

able to non-selectively react with most organic pollutants via hydroxylation or 
dehydrogenation until their total mineralization. Several comprehensive and exten-
sive reviews have reported the effective use of O 

3
 , chemical AOPs such as O 

3
 /H 

2
 O 

2
 , 

Fenton’s reagent (Fe 2+ /H 
2
 O 

2
 ), ultrasound, and wet oxidation, and photochemical 

AOPs such as O 
3
 /UV, H 

2
 O 

2
 /UV, photo-Fenton (Fe 2+ /H 

2
 O 

2
 /UV), and TiO 

2
  photoca-

talysis; they have been used alone or combined with physicochemical or biological 
treatments, aiming at the remediation of synthetic and real wastewaters with drugs 
in general (Ikehata et al.  2006 ; Esplugas et al.  2007 ; Klavarioti et al.  2009  )  and with 
special attention for chemical and pharmaceutical industrial wastewaters (Bloecher 
 2007  ) , urban wastewater (Suárez et al.  2008  ) , and drinking water (Rahman et al. 
 2009  ) . However, only some few papers have summarized some data on the perfor-
mance of the electrochemical advanced oxidation processes (EAOPs) such as the 
anodic oxidation (AO), electro-Fenton (EF), and photoelectro-Fenton (PEF) to 
remove pharmaceuticals (Garrido et al.  2007 ; Brillas et al.  2008,   2009 ; Klavarioti 
et al.  2009  ) . 

 Over the past 15 years, the electrochemical technologies have experienced a 
large development for their use as an alternative wastewater treatment technology 
(Chen  2004 ; Oturan and Brillas  2007 ; Brillas et al.  2009 ; Panizza and Cerisola 
 2009  ) . Currently, they offer promising approaches to remove pollutants from indus-
trial effl uents. The main advantage of these technologies is their environmental 
compatibility because the main reagent, the electron, is a clean reagent. Other advantages 
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include their versatility, high energy effi ciency, amenability to automation, easy 
handling because of the simple equipment required, and safety because they operate 
under mild conditions (Anglada et al.  2009 ;    Martínez-Huitle and Brillas  2009  ) . 
Despite their potential application, most studies related to the electrochemical 
treatment of waters contaminated by pharmaceuticals have been published over the 
last 6 years. 

 Here, we present a general overview on the electrochemical remediation tech-
nologies that have been applied to the removal of pharmaceutical residues from 
both, synthetic solutions and real pharmaceutical wastewaters. Table  8.1  summa-
rizes the treatments applied to the different classes of pharmaceuticals and types of 
solutions. Despite their complex nature, varied functionalities, and broad spectrum 
of physicochemical and biological properties, these molecules can be progressively 
degraded by the electrochemical processes that will be presented. The most conven-
tional electrocoagulation process will be fi rstly considered, as well as its combina-
tion with other methods. The treatments by means of different EAOPs like the AO 
with different anodes, electro-oxidation with active chlorine, EF and related 
approaches, and PEF with UV or direct solar irradiation are further detailed, 
followed by the use of novel emerging technologies such as the internal micro-
electrolysis, photoelectrocatalysis (PEC), and corona discharge. A global perspective 
on the fundamentals and experimental set-ups is offered, and lab and pilot plant 
experiments are examined and discussed.  

    8.2   Electrocoagulation 

 Coagulation is a traditional physicochemical treatment of phase separation for the 
decontamination of wastewaters containing colloidal and ionic species before dis-
charge to the aquatic environment. Coagulating agents such as Fe 3+  or Al 3+  ions are 
usually added in the form of chloride salts for precipitation. Similar effects can be 
achieved by means of the electrochemical technology known as electrocoagulation 
(EC) (Chen  2004 ; Martínez-Huitle and Brillas  2009  ) . In EC, a current is applied to 
dissolve Fe (or steel) or Al anodes immersed in the polluted water to release the 
corresponding metal ions that form different Fe(II) (and/or Fe(III)) or Al(III) species 
with hydroxide ion depending on the pH of the medium. These species act as coagu-
lants or destabilizing agents that neutralize charges and separate colloids and ionic 
products from the wastewater by sedimentation, fi nally producing some sludge. 
Otherwise, the coagulated particles can also be separated by electrofl otation when 
they are attached to the bubbles of H 

2
  gas evolved at the cathode, being transported 

to the solution surface where they can be withdrawn. 
 When EC is applied with an iron or steel anode, Fe 2+  is dissolved in the wastewater 

from the anodic oxidation of Fe by reaction ( 8.1 ) with  E º = −0.44 V vs. SHE:

    
+ -® +2Fe Fe 2e    (8.1)  
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whereas H 
2
  gas is generated at the cathode from direct reduction of proton in acidic 

medium by reaction ( 8.2 ) or from water reduction in alkaline medium, along with 
hydroxide ion, by reaction ( 8.3 ) with  E º = −0.83 V vs. SHE:

    
+ -+ ® 2(g)2H 2e H    (8.2)  

    
- -+ ® +2 2(g)2H O 2e 2OH H    (8.3)   

 H +  consumption from reaction ( 8.2 ) or OH −  production from reaction ( 8.3 ) causes 
an increase in pH during the electrolysis. The insoluble Fe(OH) 

2
  precipitates at 

pH > 5.5, then remaining in equilibrium with Fe 2+  up to pH 9.5 or with monomeric 
species such as Fe(OH) + , Fe(OH) 

2
 , and Fe(OH)  

3
  −   at higher pH values. 

 In the presence of O 
2
 , dissolved Fe 2+  is oxidized to insoluble Fe(OH) 

3
  by 

reaction ( 8.4 ):

    ( ) ( ) ( )
2

2 2 g 3 s
4Fe 10H O O 4Fe OH 8H+ ++ ® +    (8.4)   

 Fe(OH) 
3
  coagulates from pH > 1.0 and the insoluble fl ocs can be in equilibrium 

with soluble monomeric species like Fe 3+ , Fe(OH) 2+ , Fe(OH)  
2
  +  , Fe(OH) 

3
 , and 

Fe(OH)  
4
  −   as a function of pH. The insoluble Fe(OH) 

2
  and/or Fe(OH) 

3
  fl ocs retain 

colloids and ionic species and coagulate to form particles that are separated from the 
wastewater by sedimentation or electrofl otation. 

 In the case of EC with Al, the anodic reaction leads to soluble Al 3+  by reaction 
( 8.5 ) with  E º = 1.66 V vs. SHE:

    
+ -® +3Al Al 3e    (8.5)   

 Al 3+  is transformed into soluble monomeric species such as Al(OH) 2+ , Al(OH)  
2
  +  , 

and Al(OH) 
3
  in acid medium, and Al(OH)  

4
  −   in alkaline medium. These species are 

converted into insoluble Al(OH) 
3
  fl ocs by a complex precipitation kinetics. Freshly 

formed amorphous Al(OH) 
3
  fl ocs can adsorb ions and even soluble organic com-

pounds and/or trap colloidal particles, which then coagulate to produce particles 
that precipitate, usually near neutral pH. 

 The EC method has been envisaged as a pre-treatment of wastewaters from phar-
maceutical industries, although little work has been made in this way. A fi rst paper 
by Deshpande et al.  (  2005  )  described the successful degradation of a pharmaceutical 
effl uent using a cast iron anode with the removal of 72% of chemical oxygen demand 
(COD) and the improvement of the biochemical oxygen demand (BOD)/COD ratio 
from 0.18 to 0.3, which points out the enhancement of the wastewater biodegrad-
ability. A more comprehensive study was further reported by Deshpande et al. 
 (  2009  )  for the treatment of a high-strength wastewater from an industry manufacturing 
the drug ranitidine with 34 g L −1  COD, 16 g L −1  BOD, and 775 Pt-Co units color at 
pH 6.8–7.2. The EC experiments were performed with 150 mL of wastewaters in a 
batch tank reactor like that of Fig.  8.1 , with a mechanical stirrer and equipped with 
Al/Al, mild steel/mild steel or stainless steel/stainless steel pairs. The electrodes 
exhibited 25 cm 2  geometric immersed area. Comparative electrolyses at 8 mA cm −2  



304 E. Brillas and I. Sirés

revealed that COD could be reduced by 24% at 25 min, 25% at 120 min, and 33% 
at 120 min as maximum, respectively, attaining corresponding fi nal BOD/COD val-
ues of 0.546, 0.519, and 0.538 and fi nal color of 235, 325, and 490 Pt-Co units. 
These results indicated a slight enhancement of the biodegradability in all cases and 
a better effi ciency using the Al/Al pair during shorter time, which allowed the least 
energy consumption (= 95.83 Wh (kg COD) −1 ) and the greatest anode effi ciency 
(= 5.76 kg COD A −1  m −2  h −1 ). Based on this behavior, Deshpande et al.  (  2010  )  
recently considered the decontamination of the same pharmaceutical wastewater by 
combining an EC pre-treatment with the above Al/Al tank reactor and an anaerobic 
fi xed fi lm fi xed bed reactor (AFFBR) packed with fi brous synthetic nylon pads for 
the attachment of biomass. Figure  8.1  shows a scheme of the coupled system, where 
the supernatant liquid of the EC cell was stored in a tank before being pumped into 
the AFFBR producing the treated effl uent and biogas. As can be seen in Fig.  8.2 , 
similar fi nal COD (23–24%) and BOD (35–37%) removals were found by applying 
4, 8, and 12 mA cm −2  at the Al/Al cell, being required a shorter time and higher 
energy consumption with increasing current density due to the larger extent of the 
parasitic reactions, mainly the water electrolysis reaction and the heating due to the 
Joule effect. A study in the pH range 5–11 also demonstrated that the higher COD 
abatement was achieved at the initial pH of the wastewater (natural pH), with a fi nal 
value of 7.5. Optimum removals of 80% COD and 85% BOD were obtained when 
the AFFBR was fed with the EC pre-treated effl uent at a loading rate of 4.0 kg COD 
m −3  day −1  and retention time of 2 days, which were much higher than 68% COD and 
72% BOD obtained for the received effl uent not having undergone the EC pre-
treatment. The yield of the biogas generated was 0.3 m 3  CH 

4
  (kg COD) −1 .   

Electrocoagulation
cell

DC power
supply

+         –

Al anode Al cathode

Storage
tank

Pump

Porous
medium

Anaerobic fixed film
fixed bed reactor (AFFBR)

Biogas

Pharmaceutical
wastewater

Sludge

Treated
effluent

  Fig. 8.1    Experimental set-up of a bench-scale system for electrocoagulation combined with an 
anaerobic fi xed fi lm fi xed bed reactor (AFFBR) for the treatment of a real pharmaceutical waste-
water. The wastewater is electrolyzed in an undivided Al/Al cell and the liquid supernatant of the 
sludge formed is stored in a tank to be further pumped into the AFFBR packed with fi brous synthetic 
nylon pads for the attachment of biomass, which releases gas and the fi nal treated effl uent. Adapted 
from Deshpande et al.  (  2010  )        
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 These results open the door to future research on the coupling of EC-biological 
systems with supply of a very small current to the EC pre-treatment to minimize 
energy consumption in view of the much longer time needed for the biological 
treatment. 

 The use of EC pre-treatment followed by TiO 
2
  photocatalysis has also been 

recently explored. The latter method is an AOP that involves the irradiation of 
anatase TiO 

2
  (nano)particles in colloidal suspension by UV photons of suffi cient 

energy ( l  < 380 nm) to promote an electron from the valence band to the conduction 
band (e  

CB
  −  ) with a band gap of 3.2 eV, thus generating a positively charged vacancy 
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  Fig. 8.2    Effect of current density on the percentage of COD and BOD removal with the electrolysis 
time for the cell of Fig.  8.1  equipped with two parallel Al plates of 25 cm 2  area to treat 150 mL of 
a pharmaceutical wastewater with COD 

0
  = 34.4 g L −1  and BOD 

0
  = 22 g L −1  at pH 7.2. Final COD and 

BOD reductions are almost independent of current density. COD: Chemical oxygen demand, 
BOD: Biochemical oxygen demand. Adapted from Deshpande et al.  (  2010  )        
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or hole (h  
VB

  +  ) from reaction ( 8.6 ). Heterogeneous  • OH can then formed from 
reaction between the photogenerated vacancy and adsorbed water by reaction ( 8.7 ). 
As a result, the organics can be directly oxidized by the hole or by the  • OH. Other 
weaker reactive oxygen species (ROS) such as superoxide radical ion (O  

2
  −•  ), 

hydroperoxyl radical (HO  
2
  •  ), and H 

2
 O 

2
 , as well as homogeneous  • OH, can be pro-

duced from the photoinjected electron by reactions ( 8.8 )–( 8.11 ) (Boroski et al. 
 2009 ; Martínez-Huitle and Brillas  2009  ) .

    ν - ++ ® +2 CB VBTiO e hh    (8.6)  

    
•

VB 2h H O OH H+ ++ ® +    (8.7)  

    
- -+ ® •

CB 2 2e O O    (8.8)  

    
- ++ ®• •

2 2O H HO    (8.9)  

    ® +•
2 2 2 22HO H O O    (8.10)  

    
• •

2 2 2 2H O O OH OH O- -+ ® + +    (8.11)   

 The major loss in effi ciency in TiO 
2
  photocatalysis is due to the recombination of 

the electrons promoted to the valence band, either with unreacted holes by reaction 
( 8.12 ) or with adsorbed hydroxyl radical by reaction ( 8.13 ):

    
- ++ ® +CB VB 2e h TiO heat    (8.12)  

    
•

CBe OH OH- -+ ®    (8.13)   

 Note that reaction ( 8.13 ) considerably limits the effi ciency of available hydroxyl 
radicals formation, which truly constitutes the major drawback of this process. 

 Boroski et al.  (  2009  )  studied the combination of EC and TiO 
2
  photocatalysis to 

degrade an effl uent from a pharmaceutical and cosmetic industry with 1.8 g L −1  
COD and 25.5 FTU turbidity of pH 7.2. The EC pre-treatment was carried out with 
500 mL of wastewater in a batch cylindrical reactor with two 31 cm 2  Fe electrodes 
as the anode and cathode under magnetic stirring at a constant current density of 
76.3 mA cm −2 . The initial pH was adjusted in the range 4.0–10.0 and the best decon-
tamination was attained starting from pH 6.0 up to pH 10.5 at 90 min, with reduc-
tion of 91% COD and 86% turbidity with 92% current effi ciency. The EC 
pre-treatment then yielded a residual wastewater still containing about 160 mg L −1  
COD due to some remaining refractory organics. This effl uent was further treated in 
a UV/TiO 

2
 /H 

2
 O 

2
  system composed of a borosilicate glass erlenmeyer of 300 mL in 

a photoreactor box of 80 cm × 50 cm with three 250 W mercury lamps on the top 
side at 15 cm of the sample. The optimum degradation was obtained operating 
with 0.25 g L −1  TiO 

2
  and 10 mM H 

2
 O 

2
  at pH 3.0 for 4 h, giving a fi nal wastewater 

with near 50 mg L −1  COD (97% COD removal), i.e., with a clear loss of organic 
matter compared with that of the pre-treated effl uent. More research on EC-TiO 

2
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photocatalysis systems should be made to assess its potential viability at industrial 
level, because the use of mercury lamps may certainly be a major drawback consid-
ering the economic balance. Particular attention should be paid to an enhanced 
photocatalytic process, namely photoelectrocatalysis or photoelectrochemical 
treatment, where reactions ( 8.12 )–( 8.13 ) are inhibited or, at least, minimized (see 
Sect.  8.5.2 ).  

    8.3   Electrochemical Oxidation 

    8.3.1   Anodic Oxidation of Non-chloride Solutions 

 The most popular electrochemical technique for wastewater remediation is the 
electrochemical oxidation, which is frequently called anodic oxidation when non-
chloride solutions are treated. This procedure involves the oxidation of pollutants in 
an electrolytic cell by: (1) direct electron transfer to the anode and (2) indirect or 
mediated oxidation with heterogeneous ROS formed from water discharge at the 
anode, such as physically adsorbed “active oxygen” (physisorbed  • OH) or 
chemisorbed “active oxygen”, i.e., oxygen within the lattice of a metal oxide anode 
(MO). The existence of these species allowed the proposal of two approaches 
(Comninellis  1994 ; Marselli et al.  2003 ; Panizza and Cerisola  2009  ) : (1) electro-
chemical conversion, where the refractory organics are selectively transformed 
into biodegradable compounds like carboxylic acids by chemisorbed “active oxygen”, 
and (2) electrochemical combustion, where the organics are mineralized by 
physisorbed  • OH. 

 The use of low cell voltages avoiding O 
2
  evolution only allows the direct electron 

transfer to the anode and frequently causes the loss of the anode activity because of 
the adsorption of some by-products. For wastewater treatment, high cell voltages 
are then applied to achieve the simultaneous oxidation of pollutants and water, 
maintaining the anode activity; but, the anode material has a strong infl uence on the 
selectivity and effi ciency of the process, yielding either electrochemical conversion 
or electrochemical combustion depending on the case. Comninellis  (  1994  )  proposed 
a model to explain this different behavior of the electrodes assuming the existence 
of the so-called “active” and “non-active” anodes, respectively. Examples include 
Pt, IrO 

2
 , and RuO 

2
  for the former and PbO 

2
 , SnO 

2
 , and boron-doped diamond (BDD) 

for the latter. 
 The model of Comninellis presupposes that in both kind of anodes, denoted as 

M, water is oxidized leading to the formation of physisorbed hydroxyl radical 
(M( • OH)) by reaction ( 8.14 ). In the case of “active” anodes, this radical interacts so 
strongly with their surface that it is transformed into the chemisorbed “active 
oxygen” or superoxide MO from reaction ( 8.15 ):

    ( ) + -+ ® + +•
2M H O M OH H e    (8.14)  
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    ( ) + -® + +•M OH MO H e    (8.15)   

 Reaction (  8.15  ) may occur when higher oxidation states are available for a metal 
oxide anode, above the thermodynamic standard potential for oxygen evolution 
( E º = 1.23 V vs. SHE). The MO/M pair is a mediator in the oxidation of an organic 
compound (R) given by reaction ( 8.16 ), which competes with oxygen evolution via 
chemical decomposition of MO from reaction ( 8.17 ):

    + ® +MO R M RO    (8.16)  

    2O OM M  ½® +    (8.17)   

 Conversely, the surface of “non-active” anodes interacts so weakly with M( • OH) 
that this radical reacts directly with the organics giving, for example, the following 
total mineralization reaction:

    
+ -+ ® + + + +•

2 2M( OH) R M CO H O xH yea m n    (8.18)  

where R is a hydrocarbon with  m  carbon atoms and  a  = (2 m  +  n ) oxygen atoms. 
Reaction ( 8.18 ) competes with side reactions of M( • OH) such as its direct oxidation to 
O 

2
  from reaction ( 8.19 ) or its dimerization to hydrogen peroxide by reaction ( 8.20 ):

    ( ) 2
• ½M O M H eOH + -+ +® +    (8.19)  

    ( )® +•
2 22M OH 2M H O    (8.20)   

 The destruction of the organic pollutant by direct electron transfer to the anode 
does not take place in a “non-active” anode such as BDD, because it only acts as an 
inert substrate and as a sink for the removal of electrons mediated by the M( • OH). 
The BDD anode is the best “non-active electrode” verifying this behavior (Marselli 
et al.  2003 ; Panizza and Cerisola  2009  )  and is the most suitable anode for treating 
organics by AO. Owing to the electrogeneration of the hydroxyl radical as a mediator, 
the AO is considered as an EAOP. 

 However, when high cell voltages are applied, a weaker oxidant such as ozone 
can also be generated from water discharge at the anode surface ( E º = 1.51 V vs. 
SHE) by reaction ( 8.21 ):

    
+ -® + +2 33H O O 6H 6e    (8.21)   

 In AO, different ROS are then produced, such as heterogeneous  • OH by reaction 
( 8.14 ), H 

2
 O 

2
  by reaction ( 8.20 ), and O 

3
  by reaction ( 8.21 ), although the physisorbed 

 • OH is the strongest oxidant of pollutants. Moreover, when BDD is used, other 
weaker oxidizing species like peroxodisulfate, peroxodicarbonate, and peroxo-
diphosphate can also be competitively formed with ROS from the direct oxidation 
of the electrolyte ions, such as bisulfate by reaction ( 8.22 ), bicarbonate by reaction 
( 8.23 ), and phosphate by reaction ( 8.24 ) (Panizza and Cerisola  2009  ) :
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- - + -® + +2

4 2 82HSO S O 2H 2e    (8.22)  

    
- - + -® + +2

3 2 62HCO C O 2H 2e    (8.23)  

    
- - -® +3 4

4 2 82PO P O 2e    (8.24)    

    8.3.2   Electro-Oxidation with Active Chlorine 

 A very different behavior is found when the wastewater contains chloride ions since 
the generated active chlorine species such as Cl 

2
 , HClO and/or ClO − , ClO  

2
  −  , ClO  

3
  −   

and ClO  
4
  −   can attack the organics in competition with ROS (Bergmann et al.  2009 ; 

Martínez-Huitle and Brillas  2009 ; Panizza and Cerisola  2009  ) . This procedure is 
usually called electro-oxidation with active chlorine and is based on the direct 
oxidation of Cl −  ion at the anode to yield soluble chlorine by reaction ( 8.25 ):

    ( )- -® +22Cl Cl aq 2e    (8.25)   

 The electrogenerated Cl 
2
  can form bubbles if its local concentration exceeds its 

solubility, although it partly diffuses away from the anode and can react with chloride 
ion to form trichloride ion from reaction ( 8.26 ); otherwise, it is rapidly hydrolyzed 
and disproportionated to hypochlorous acid and chloride ion from reaction ( 8.27 ):

    ( )2 3Cl aq Cl Cl- -+ �    (8.26)  

    ( ) - ++ + +�2 2Cl aq H O HClO Cl H    (8.27)   

 Hypochlorous acid is then in equilibrium with hypochlorite ion at p K  
a
  = 7.55:

    
- ++�HClO ClO H    (8.28)   

 From the above equilibria, it is found that Cl  
3
  −   is formed in a very low concentra-

tion up to pH ca. 4, while the predominant species are Cl 
2
  until pH near 3, HClO in 

the pH range 3–8, and ClO −  at pH > 8 (Martínez Huitle and Brillas  2009  ) . The medi-
ated oxidation with active chlorine species is expected to be faster in acid than in 
alkaline media because of the higher standard potential of Cl 

2
  ( E º = 1.36 V vs. SHE) 

and HClO ( E º = 1.49 V vs. SHE) compared to ClO −  ( E º = 0.89 V vs. SHE). 
Nevertheless, only the chemical action of hypochlorite ion and generated ROS is 
commonly referred for organic mineralization since most electrolyses are performed 
with alkaline wastewaters. The concentration of hypochlorite ion, however, can be 
limited by its anodic oxidation to chlorite ion from reaction ( 8.29 ), followed by the 
successive oxidation to chlorate and perchlorate ions from reactions ( 8.30 ) and 
( 8.31 ), respectively:

    
- - + -+ ® + +2 2ClO H O ClO 2H 2e    (8.29)  
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- - + -+ ® + +2 2 3ClO H O ClO 2H 2e    (8.30)  

    
- - + -+ ® + +3 2 4ClO H O ClO 2H 2e    (8.31)   

 It is worth mentioning that the formation and accumulation of toxic chloroderiv-
atives, trihalomethanes, and chloramines is a possible major drawback of the 
electro-oxidation in the presence of active chlorine. 

 As a conclusion from Sects.  8.3.1  and  8.3.2 , the complexity arising from both, 
the generation of ROS in the AO treatment of non-chloride effl uents and chlorine 
active species when using chloride effl uents, makes the degradation rate and current 
effi ciency of these processes to be a function of different experimental parameters 
such as pH, temperature, stirring, substrate concentration, and current density, and 
their effects need to be studied to reach the best operative conditions of the applied 
method.  

    8.3.3   Treatment of Synthetic Solutions 

 The mineralization ability of the AO and/or electro-oxidation with active chlorine 
has been tested for several synthetic solutions using a large variety of anodes and 
electrolytic systems. Table  8.2  collects the percentage of TOC decay determined for 
various common pharmaceuticals under selected conditions. An inspection of these 
data allows concluding that the use of a BDD anode yields a much higher mineral-
ization degree compared to other “non-active” anodes such as PbO 

2
  and SnO 

2
 , as 

well as to “active” anodes such as Pt and RuO 
2
 , regardless of the presence/absence 

of chloride ion and the electrolytic system utilized.  
 Several authors have studied the characteristics and infl uence of the experimental 

parameters on the oxidation power of the AO process. For example, Sirés et al. 
 (  2006a  )  tested the degradation of clofi bric acid solutions in 0.05 M Na 

2
 SO 

4
  as the 

background electrolyte using a stirred tank reactor of 100 mL capacity. The tank 
reactor was a thermostated cylindrical cell equipped with a Pt or BDD anode and a 
stainless steel cathode. Figure  8.3  shows that the drug solutions are poorly decon-
taminated using a Pt anode leading to 36% TOC removal after consuming 21 Ah L −1  
during 7 h at 300 mA. In contrast, the same solutions undergo almost total mineral-
ization with 98% TOC decay using a BDD anode since hydroxyl radicals formed at 
its surface (BDD( • OH)) from reaction ( 8.14 ) have a much higher oxidation power 
than those produced on Pt (Pt( • OH)). These results also prove that the oxidation 
ability of each anode is pH–independent. For the more potent BDD anode, Fig.  8.4  
depicts the need of a higher specifi c charge as current increases from 100 to 450 mA; 
in contrast, the inverse trend is found for the degradation rate and the time required. 
This means that when current rises, a higher quantity of BDD( • OH) is produced 
enhancing the oxidation of the organics; but, the relative proportion of available 
radicals for the electrodegradation decreases as current rises, due to the higher rate 
of the parasitic reactions ( 8.19 )–( 8.22 ) that waste more charge without valuable 
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oxidation events. Figure  8.4  also shows that increasing temperature from 25°C to 
45°C at 300 mA accelerates the mineralization process, which is due to the quicker 
transport of reactants to the BDD surface. The use of the BDD anode is very effec-
tive for any drug content since it can reduce 98% TOC of a solution 550 mg L −1 , i.e., 
near saturation, with consumption of 30 Ah L −1  at 300 mA, as can be seen in Fig.  8.4 . 
Less charge is proportionally consumed with rising drug content owing to the reac-
tion of greater amounts of organics with BDD( • OH) and the smaller extent of the 
parasitic reactions ( 8.19 )–( 8.22 ). Therefore, under these experimental conditions at 
300 mA, the process was controlled by the diffusion of the organic molecules 
towards the anode surface, which means that the system operated above the limiting 
current density.   

 Since clofi bric acid is a phenolic drug, its concentration decay was determined 
by reversed-phase high performance liquid chromatography (HPLC) and, surpris-
ingly, it was found that the drug was removed more rapidly using Pt than BDD. This 
behavior can be observed in Fig.  8.5  and is accounted for by the existence of more 
interactions favoring the particular reaction of clofi bric acid with  • OH, whereas 
BDD tends to favor the simultaneous oxidation of the initial pollutants and its 
intermediates.  

 For each anode, the same decay rate following a pseudo fi rst-order kinetics is 
obtained at pH 3.0 and 12.0, confi rming that the formation of oxidant Pt( • OH) or 
BDD( • OH) from reaction ( 8.14 ) is pH–independent. 
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  Fig. 8.3    TOC removal versus specifi c charge for the anodic oxidation of 100 mL of 179 mg L −1  
clofi bric acid solutions in 0.05 M Na 

2
 SO 

4
  at 300 mA and 35.0°C using a stirred tank reactor with 

a Pt or BDD anode and a stainless steel cathode of 3 cm 2  area. Regardless of the anode used, TOC 
decays at a similar rate at pH acid and alkaline, but more rapidly with BDD attaining almost overall 
mineralization. Adapted from Sirés et al.  (  2006a  ). TOC: total organic carbon, BDD: boron-doped 
diamond        
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 Clofi bric acid yields aromatics and carboxylic acids as by-products. Aromatic 
intermediates were determined by gas chromatography coupled to mass spectrom-
etry (GC-MS) and quantifi ed by reversed-phase HPLC. Generated carboxylic acids 
were detected by ion-exclusion HPLC. Figure  8.6  exemplifi es the evolution of 
selected intermediates for a solution at 300 mA. Aromatics such as 4-chlorophenol, 
4-chlorocatechol, and 1,4-benzoquinone are slowly accumulated and destroyed. In 
contrast, carboxylic acids such as 2-hydroxyisobutyric, maleic, and oxalic persist 
using a Pt anode, but are effi ciently removed using a BDD anode. The high oxida-
tion power of AO with BDD is then due to the destruction of the generated carboxylic 
acids. On the other hand, ion chromatograms revealed the release of chloride ion, 
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  Fig. 8.4    TOC abatement for the anodic oxidation with a BDD anode at pH 12.0 of a 179 mg L −1  
clofi bric acid solution at different current values and temperatures ( upper ) and several drug con-
centrations at 300 mA and 35°C ( lower ). A higher charge is required at increasing current and at 
decreasing temperature. A quicker mineralization is achieved as the initial concentration increases. 
Adapted from Sirés et al.  (  2006a  ). TOC: total organic carbon, BDD: boron-doped diamond        
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which remained stable using Pt and was slowly oxidized to chlorine from reaction 
( 8.25 ) at BDD. Based on these results, the reaction sequence of Fig.  8.7  was pro-
posed for the mineralization of clofi bric acid with  • OH formed at the Pt or BDD 
anode surface. The process starts with the breakage of the C(1)–O bond of the 
drug to yield 4-chlorophenol and 2-hydroxyisobutyric acid. Hydroxylation of 
4-chlorophenol then gives 4-chlorocatechol, 4-chlororesorcinol, or hydroquinone, 
which are further transformed into 1,2,4-benzenetriol and 1,4-benzoquinone with 
loss of chloride ion. The destruction of these compounds yields tartronic, maleic, 
fumaric, and formic acids. The three former acids are oxidized to oxalic acid, which is 
also generated from the initially generated 2-hydroxyisobutyric acid via pyruvic acid. 
The ultimate carboxylic acids, oxalic and formic, are fi nally converted into CO 

2
 .   

 Our group has reported a similar behavior for the AO degradation of two other 
phenolic compounds such as paracetamol (Brillas et al.  2005  )  and diclofenac (Brillas 
et al.  2010  )  under the above operative conditions using the same stirred undivided 
cell with a Pt or BDD anode. More than 97% TOC removal was achieved starting 
with up to 1 g L −1  of paracetamol within the pH range 2.0–12.0 using a BDD anode, 
whereas the use of Pt comparatively yielded a very poor decontamination (see 
Table  8.2 ). 

 NH  
4
  +   and NO  

3
  −   ions were released in both cases. Hydroquinone and 1,4-benzoquinone 

were detected as the aromatic by-products, while oxalic and oxamic acid were iden-
tifi ed as carboxylic acids that are completely removed at the end of the AO with 
BDD, but remain stable using Pt. In contrast, the mineralization of diclofenac with 
BDD was only effective in neutral phosphate buffer of pH 6.5 (see Table  8.2 ), 
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because its protonated form precipitated at lower pH values. This drug was oxidized 
to 2-hydroxyphenylacetic acid, 2,5-dihydroxyphenylacetic acid, 2,6-dichloroaniline, 
and 2,6-dichlorohydroquinone, which were transformed into small carboxylic 
acids. For the AO with Pt, high amounts of malic, succinic, tartaric, and oxalic 
acids were accumulated in the bulk, whereas the most persistent oxalic and oxamic 
acids were fi nally destroyed with BDD. Inorganic ions such as Cl − , NH  

4
  +  , and NO  

3
  −   

were released in all cases. 
 Recently, our group has explored the superiority of the oxidation of the veterinary 

fl uoroquinolone antibiotic enrofl oxacin by AO with a BDD anode compared 
with two other AOPs like ozonation and Fenton’s reagent (Guinea et al.  2009a  ) . 
The treatments were carried out with solutions containing 1.6 g L −1  of this drug. 
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The electrochemical oxidation was performed under recirculation of 600 mL of the 
solution with 0.05 M Na 

2
 SO 

4
  at pH 3.0 through a BDD/stainless steel fl ow cell of 

78 cm 2  electrode area at 2.5 L min −1 . After 15 h at 3.9 A, 83% TOC was removed. 
At this time, about 50% of TOC removal was achieved using either ozonation at pH 
12.0 or Fenton’s reagent at pH 3.0, indicating that the AO is preferable to mineralize 
enrofl oxacin. Based on this, an accurate study was further made about the infl uence 
of the nature of the BDD on its electrocatalytic behavior (Guinea et al.  2009b  ) . High 
diamond/graphite ratios for this synthesized material were found essential for the 
complete mineralization of enrofl oxacin to carbon dioxide thanks to the greater con-
centration of  • OH near the BDD surface. The degradation rate of the antibiotic was 
also enhanced when increasing the concentration of doping boron and decreasing 
the electrode thickness. 

 The decay kinetics of the sulfonamide antibiotic sulfamethoxazole at BDD in the 
anodic compartment of a plug-fl ow microreactor has also been investigated (Li et al. 
 2008  ) . A change from pseudo zero-order to pseudo fi rst-order reaction was observed 
after 75 min of electrolysis at 20 mA of 50 mL of 1 mM drug in 0.025 M Na 

2
 SO 

4
  at 

pH 6–7 under recirculation at 1 mL min −1 . This behavior was interpreted on the 
basis that the kinetics varied from a pure current control (zero order) to a pure mass 
transport control (fi rst order) as a result of the decrease in the sulfamethoxazole 
concentration, thus slowing down the process. The use of a wide range of current 
values and drug contents showed a partial kinetic order of 0.4–0.5 with respect to 
each parameter. The mineralization effi ciency for sulfamethoxazole increased with 
increasing current and drug concentration, which are the most signifi cant variables 
for its destruction by AO. 

 Ciríaco et al.  (  2009  )  compared the effectiveness of BDD with that of other “non-
active” anodes like PbO 

2
  coated on Pt/Ti. For a 1.75 mM ibuprofen solution in 

0.035 M Na 
2
 SO 

4
  electrolyzed in a stirred tank reactor of 200 mL at 30 mA cm −2  for 

360 min, a higher TOC removal was found using BDD (92%) than a Pt/Ti/PbO 
2
  

anode (75%). Operating at a lower current density (i.e., below the limiting current 
density), the performance of both electrodes was similar and so, at 10 mA cm −2 , a 
current control with effi ciency near 100% was obtained in both cases. These results 
are indicative of a larger generation of hydroxyl radical at the BDD anode from 
reaction ( 8.14 ) as the applied current and cell voltage increase. On the other hand, 
Waterston et al.  (  2006  )  examined the comparative removal of paracetamol with 
“non-active” anodes like BDD and Ti/SnO 

2
  and the “active” Ti/IrO 

2
  anode using a 

divided plug-fl ow reactor. Figure.  8.8  shows that its decay rate agrees with a pseudo 
fi rst-order kinetics decreasing in the order BDD > Ti/SnO 

2
  > Ti/IrO 

2
  when the drug 

was treated at 500 mA. This trend is due to the gradually smaller production of 
hydroxyl radicals. The “non-active” anodes mineralized the drug, being BDD better 
than Ti/SnO 

2
 .  

 At 200 mA for 210 min, for example, 73% and 40% TOC removals with 26% 
and 14% current effi ciency were obtained, respectively. In contrast, the “active” Ti/
IrO 

2
  anode did not yield signifi cant mineralization since the solution electrolyzed 

with this anode at 200 mA for 300 min gave 88% of 1,4-benzoquinone. From these 
fi ndings, the electrochemical conversion of the drug via direct two-electron oxidation 
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to  N -acetyl-1,4-benzoquinoneimine, followed by hydrolysis to 1,4-benzoquinone 
with loss of acetamide, was proposed, as shown in Fig.  8.8 . 

 Feng et al.  (  2010  )  studied the degradation of the steroid estrogen 17 a -ethinylestradiol, 
which is an estradiol derivative, with the “non-active” Ti/SnO 

2
  anode using 100 mL 

solutions in 0.2 M Na 
2
 SO 

4
  in a cylinder cell with a stainless steel cathode at 60 mA 

and 25°C. For 10 mg L −1  of the drug, for example, its concentration decayed 89% in 
2 h and the solution TOC was reduced by 78% in 8 h, ending in a negligible estro-
genic activity. The effectiveness of this treatment was related to the generation of 
hydroxyl radicals causing electrochemical combustion. In contrast, the AO treat-
ment of tetracyclines (so-called because of the presence of four hydrocarbon rings) 
has been explored in chloride-free media with different “active” anodes to show 
the effectiveness of this method to promote the electrochemical conversion of 

O

OO
N-acetyl-1,4-benzo-

quinoneimine
1,4-benzoquinone

NH-CO-CH3 N-CO-CH3

OH

Paracetamol

+  NH2-CO-CH3

Acetamide

H2O–2e−

–2H+

–5

–4

–3

–2

–1

0

0 36030024018012060 420

ln
 (

C
/C

0)

Electrolysis time/min

Ti/SnO2

Ti/IrO2

BDD

  Fig. 8.8    Comparative kinetic analysis for the decay of 1 mM paracetamol in 0.025 M Na 
2
 SO 

4
  of 

pH 7.8 at three electrodes using a 50 mL solution recirculating through the anodic compartment of 
a divided plug-fl ow reactor at 1 mL min −1  and applying 500 mA ( upper ). The BDD anode removed 
much more rapidly the drug than Ti/SnO 

2
  and Ti/IrO 

2
  anodes. Paracetamol is converted into 

1,4-benzoquinone without further mineralization using Ti/IrO 
2
  ( down ). Adapted from Waterston 

et al.  (  2006  ). BDD: boron-doped diamond        
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the substrates. A very slow decay of tetracycline, without practical mineralization, 
was reported by Vedenyapina et al.  (  2008  )  when they electrolyzed 50 mg L −1  of this 
antibiotic in 0.05 M H 

2
 SO 

4
  in a divided cell equipped with smooth Pt plates as the 

anode and cathode by applying a current density as low as 5 mA cm −2 . Under these 
weak oxidation conditions and after 24 h of treatment, the aromatic rings of tetracy-
cline were broken, thus losing its biological activity. Similarly, Zhang et al.  (  2009  )  
showed the decay of more than 90% of 100 mg L −1  of tetracycline in 0.1 M Na 

2
 SO 

4
  

of pH between 3.9 and 10.0 after 60 min of electrolysis in a stirred tank reactor of 
200 mL with a 31.5 cm 2  Ti/RuO 

2
 -IrO 

2
  anode at 47.6 mA cm −2 . This implies the 

supply of 300 C (mg tetracycline) −1 . It followed a pseudo fi rst-order reaction and its 
rate increased with increasing current density, but it was not affected by pH and 
drug content. Addition of a hydroxyl radical scavenger such as  tert -butanol did not 
vary the kinetics process, as expected if very small amount of hydroxyl radicals are 
produced at the Ti/RuO 

2
 -IrO 

2
  anode from reaction ( 8.14 ) and tetracycline is then 

directly oxidized via electron transfer without CO 
2
  production. The same behavior 

was described by Rossi et al.  (  2009  )  for the degradation of 50 mL of 2 mM oxytet-
racycline hydrochloride in a phosphate buffer of pH 5.45 in a stirred tank reactor 
with a 2 cm 2  Ti/RuO 

2
  anode. The electrochemical conversion of this antibiotic was 

achieved in 120 min of treatment at 50 mA cm −2  with complete loss of its antibacterial 
activity with respect to  Staphylococcus aureus . Conversely, Weichgrebe et al.  (  2004  )  
described the effective removal of drug residues like aspirin, tetracycline, and 
gentamicine with “active” anodes of MnO 

2
 -C and Pt, although an increase in the 

biological availability of the treated solution was found with progressive oxidation 
of the drugs. 

 The degradative action of “active” anodes is strongly enhanced when chloride 
ions are present in the synthetic solution and generated active chlorine, alone or in 
combination with hydroxyl radicals, oxidizes the organic matter. This was well 
proven by Boudreau et al.  (  2010a  )  by comparing the destruction of paracetamol in 
NaClO 

4
  and NaCl media using BDD and Ti/RuO 

2
  anodes. Solutions of the pharma-

ceutical in 0.1 M of each electrolyte were electrolyzed in a stirred tank reactor at 
80 mA. Figure  8.9  depicts that in 0.1 M NaClO 

4
 , about 80% and 95% paracetamol 

is destroyed in 300 min by AO with Ti/RuO 
2
  and BDD, respectively, while in 0.1 M 

NaCl, it disappears in 30 min and at a similar rate with both anodes. Moreover, 
when the Ti/RuO 

2
  anode is used, no mineralization takes place in 0.1 M NaClO 

4
  and 

TOC is only reduced by 26% in 0.1 M NaCl. In contrast, the BDD anode causes 
84% and 54% mineralization in such media, respectively. This behavior confi rms 
the oxidation of paracetamol by direct electron transfer to Ti/RuO 

2
  in perchlorate 

medium only giving electrochemical combustion, whereas in chloride medium this 
anode generates active chlorine species like Cl 

2
 , HClO, and/or ClO −  from reactions 

( 8.25 )–( 8.28 ) that rapidly destroy the drug and promote its partial mineralization. 
The oxidation with BDD in perchlorate solution takes place via hydroxyl radical 
and this oxidant mineralizes the drug in large extent, but in chloride medium the 
formation of active chlorine species predominates and they remove mainly the drug, 
at the same rate as in Ti/RuO 

2
 . The higher mineralization degree found in 0.1 M 

NaCl for BDD indicates that generated hydroxyl radicals help to the conversion of 
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chlorinated by-products into CO 
2
 . The existence of these different oxidative ways 

including electro-oxidation with active chlorine enhanced by AO with hydroxyl 
radicals was confi rmed by the same authors for the degradation of sulfamethoxazole 
at BDD (Boudreau et al.  2010b  ) .  

 The formation of chloroderivatives using electro-oxidation with active chlorine 
has been demonstrated by Zhao et al.  (  2009a  )  for the mineralization of 100 mL of a 
30 mg L −1  diclofenac solution in a stirred tank reactor equipped with a 12 cm 2  BDD 
anode, a Pt wire as the cathode and a saturated calomel electrode (SCE) as the refer-
ence electrode. By applying a potential of 4 V to the anode in a 0.1 M Na 

2
 SO 

4
  

solution, 83% of TOC was reduced in 240 min. GC-MS analysis of the electrolyzed 
solutions at 120 min revealed the generation of intermediates such as benzoic acid, 
2,6-dichlorobenzenamine, and 2,5-dihydroxybenzyl alcohol, which were further 
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NaCl, active chlorine is also formed as oxidant, although  • OH generated at BDD enhance the min-
eralization degree. Adapted from Boudreau et al.  (  2010a  ). TOC: total organic carbon, BDD: boron-
doped diamond. AO: advanced oxidation        
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converted into smaller molecules such as hexanoic, butanedioic, malonic, 
2-hydroxyl-propanoic, 2-hydroxyl-acetic, and oxalic acids that could be slowly 
mineralized to CO 

2
 . In the presence of 0.1 M NaCl at pH 6.7, dichlorodiclofenac 

was determined as the main intermediate, probably generated by reaction of the 
initial substrate with HClO, and subsequent chlorinated by-products generated were 
slowly removed but the TOC reduction in 240 min decreased to 72%. 

 Similarly, Pauwels et al.  (  2006 ) reported 85% removal of 10  m g L −1  of 17 a -ethi-
nylestradiol in tap water by combining the oxidation with hydroxyl radicals and active 
chlorine species originated in an undivided electrolytic device with stable TiO 

2
  elec-

trodes. The estrogen 17 b -estradiol has also been effi ciently degraded at a BDD anode 
in the presence of different electrolytes (Murugananthan et al.  2007 ; Yoshihara and 
Murugananthan  2009  ) . Electrolyses were performed in a stirred tank reactor using 
250 mL solutions with 0.25–0.75 mg L −1  of the drug in 0.1 M Na 

2
 SO 

4
  and 0.1 M 

NaCl at pH 6 and 25°C. For a 0.5 mg L −1  solution at 100 mA, 17 b -estradiol disap-
peared in 40 min for the sulfate medium and only in 10 min for the chloride medium, 
indicating that HClO produced from chloride ion oxidation attacks more effi ciently 
the drug than hydroxyl radical formed in 0.1 M Na 

2
 SO 

4
 . For the same solution in the 

latter conditions, 94% TOC reduction was obtained operating at 350 mA for 270 min, 
indicating that the AO treatment yields almost total mineralization of the drug. No 
information on TOC abatement under chloride conditions was given. 

 The abatement of ofl oxacin and lincomycin, i.e., fl uoroquinolone and lincos-
amide antibiotics, respectively, in 0.01 M Na 

2
 SO 

4
  and 0.02 M NaCl at Pt, Ti/IrO 

2
 -

Ta 
2
 O 

5
 , graphite, and a 3D activated carbon pellets was examined by Carlesi Jara 

et al.  (  2007  )  using a bench-scaled divided fl ow cell with electrodes of 200 cm 2  and 
applying up to 40 mA cm −2  under recirculation of 50 mg L −1  solutions. The oxidation 
process followed a pseudo fi rst-order kinetics in sulfate medium, being accelerated 
in the presence of chloride by the formation of hypochlorite ion. The best anode was 
the 3D electrode, followed by Pt. For the latter anode, for example, 85% of ofl oxacin 
removal and 50% COD decay were determined after 240 min of electrolysis at 
20 mA cm −2  in 0.01 M Na 

2
 SO 

4
 . Based on these results, Carlesi Jara and Fino  (  2010  )  

developed a complex model to assess the cost optimization of the current density 
applied to the electrochemical oxidation of pharmaceutical wastewaters considering 
the removal of 50 mg L −1  of ofl oxacin and ranitidine solutions in 0.01 M Na 

2
 SO 

4
  at 

a Pt anode in a divided batch cell. They found that the optimum current density 
depended directly on the electrode cost and its service life and inversely on the 
electric current price, although it was very far from the diffusion-limiting value and 
hence, far from the maximum current effi ciency since the model included all the 
phenomenology associated with rises in the electrical fi eld across the cell and 
the thermal and fl uodinamic effects associated with current increments.  

    8.3.4   Treatment of Real Wastewaters 

 The study of real pharmaceutical wastewaters by electrochemical oxidation is more 
diffi cult than that of synthetic wastewaters because they are composed of a complex 
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mixture of compounds including ions such as NH  
4
  +  , Cl − , NO  

3
  −  , and SO  

4
  2−  . The indirect 

oxidation of organic and inorganic species with the generated  • OH and active 
chlorine is then expected using the potent BDD anode. This has been proven by 
Perez et al.  (  2010  )  when examining the electrochemical destruction of reverse osmo-
sis concentrates generated in tertiary STPs of pH 7.4–8.1 containing 124–140 mg L −1  
COD and several pharmaceuticals with contents between 1.5 and 27  m g L −1 , as well 
as ca. 207 mg L −1  NH  

4
  +  , 630 mg L −1  Cl − , 12 mg L −1  NO  

3
  −  , and 584 mg L −1  SO  

4
  2−  . 

Volumes of 2 L of the effl uent were electrolyzed in a fl ow plant with an undivided 
cell equipped with two circular BDD electrodes of 70 cm 2  area under recirculation 
at 10 L min −1 . Application of current densities of 5, 10, and 20 mA cm −2  caused the 
complete decay of COD in 480, 360, and 300 min, respectively. For the two latter 
current densities, all the NH  

4
  +   ions were oxidized to NO  

3
  −   ions. Simultaneously, 

Cl −  ion was partially oxidized and converted into active chlorine species from reac-
tions ( 8.25 )–( 8.28 ) and ClO  

3
  −   ion from reactions ( 8.29 ) and ( 8.30 ). Moreover, all 

drugs were also completely destroyed at a similar rate for all current densities verifying 
a pseudo fi rst-order kinetics because their diffusion towards the anode limited their 
reaction with generated oxidants. 

 The aforementioned fi ndings demonstrate the complexity of the electrochemical 
oxidation of real wastewaters with BDD due to generation of potentially toxic inor-
ganic by-products (e.g., chlorinated ions, NO  

3
  −  , etc.). These parasitic processes can 

be diminished using less potent “active” anodes and applying directly the electro-
oxidation with active chlorine. In this way, Babu et al.  (  2009  )  utilized the fl ow plant 
of Fig.  8.10  to decontaminate a pharmaceutical effl uent mainly containing gentami-
cin and dexamethasone with 1.4 g L −1  COD at pH 7.6. The system worked in continu-
ous mode at 10–40 L h −1  after the addition of 2–5 g L −1  NaCl to the effl uent. The 
excellent COD removal obtained under these conditions by oxidation with active 
chlorine species produced on the Ti/RuO 

2
  coated expanded-mesh anode can be 

observed in the same fi gure. The percentage of COD reduction did not vary for NaCl 
contents  ³  3 g L −1  and increased with increasing the retention time in the cell, i.e., 
with decreasing liquid fl ow rate, and with greater current density up to 40 mA cm −2 . 
Its maximum value of 86% was obtained at 10 L h −1  for this current density. These 
results prove that the electro-oxidation with active chlorine is very effective and 
capable of increasing the quality of the treated wastewater to the reuse standard pre-
scribed for pharmaceutical industries. The effectiveness of this procedure was also 
tested for the inactivation of antineoplastics like epirucibin hydrochloride, irinotecan 
hydrochloride, vincristine sulfate, mitomycin C, paclitaxel, methotrexate, and cispla-
tin in clinical wastewaters with about 100% removal of cytotoxicity, mutagenecity, 
and antibacterial activity (Hirose et al.  2005 ; Kobayashi et al.  2008  ) .  

 Lazarova and Spendlingwimmer  (  2008  )  compared the removal of pharmaceuticals 
like diclofenac and ibuprofen in urine or yellow waters by membrane separation 
methods and electrochemical oxidation in a batch pilot plant with a reactor equipped 
with graphite electrodes. Nano-fi ltration allowed the separation of both pharmaceu-
ticals from yellow waters, but with the disadvantage of losing part of urea, a valuable 
product as a nitrogen fertilizer. In contrast, the electrochemical oxidation was more 
useful because it destroyed the compounds without loss of urea. Finally, the higher 
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effectiveness of the AO with BDD compared to ozonation for removing various 
pharmaceutical residues from a SWT effl uent has been checked by Menapace et al. 
 (  2008  ) , who also proved that the consecutive application of both methods yielded 
97–100% destruction of all compounds.   
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  Fig. 8.10    Schematic set-up of the bench-scaled continuous fl ow plant used for the treatment of a 
real pharmaceutical wastewater by electro-oxidation with active chlorine ( upper ) and percentage 
of COD reduction versus liquid fl ow rate at different current densities upon the addition of 3 g L −1  
NaCl ( down ). The wastewater with 1.4 g L −1  COD was pumped at constant fl ow rate regulated by 
a rotameter from the reservoir to the cylindrical electrochemical cell of 4.5 L capacity with a cathode 
of 110 cm height × 7 cm diameter and an anode of 100 cm height × 5 cm diameter. The maximum 
COD reduction was achieved at 10 L h −1  and 40 mA cm −2 . Adapted from Babu et al.  (  2009  ). COD: 
chemical oxygen demand        
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    8.4   Indirect Electro-Oxidation in the Bulk 
with Electrogenerated Fenton’s Reagent 

 The technologies discussed in this section are based on the main action of the  • OH 
generated in the bulk of the treated contaminated solutions, which allows minimiz-
ing the diffusional limitations inherent to the  • OH generated at the anode surface in 
the AO systems explained in the previous section. The EAOPs with electrogenerated 
Fenton’s reagent include different processes, which derive from the original EF 
process introduced by the teams of Brillas and Oturan (Brillas et al.  2009  ) . Here, 
attention is paid to the classical EF confi gurations and a variant known as anodic 
Fenton treatment (AFT), as well as to the photoassisted processes such as the PEF 
with UV or direct solar irradiation. As explained below, these methods have been 
applied to the treatment of synthetic aqueous solutions containing pharmaceutical 
residues, being especially relevant the intensive work carried out by our research 
team in the last years. However, actual wastewaters have not yet been decontami-
nated by these processes. 

    8.4.1   Electro-Fenton 

 The fundamentals and main characteristics of the chemical and electrochemical 
technologies based on Fenton’s reaction chemistry for water and soil treatment have 
been recently reviewed (Pignatello et al.  2006 ; Brillas et al.  2009  ) . The generally 
accepted classical mechanism for the Fenton process in acidic medium is initiated 
by the formation of hydroxyl radical in accordance with the classical Fenton’s reac-
tion ( 8.32 ) between Fenton’s reactants (H 

2
 O 

2
  + Fe 2+ ) occurring in the bulk:

    
2 3 •

2 2 2Fe H O H Fe H O H O+ + ++ + ® + +    (8.32)   

 The technique becomes operative if the contaminated solution is at the optimum 
pH of 2.8–3.0, where it can be propagated by the catalytic behavior of the Fe 3+ /Fe 2+  
couple. Interestingly, only a small catalytic amount of Fe 2+  is required because this 
ion is regenerated from the so-called Fenton-like reaction ( 8.33 ), as well as by the 
reduction of Fe 3+  with several species such as the radical HO  

2
  •  , the organic radical 

R • , and/or the superoxide ion (O  
2
  •−  ):

    
+ + ++ ® + +3 2 •

2 2 2Fe H O Fe HO H    (8.33)   

 The attack of  • OH to saturated (RH) or aromatic (ArH) organics gives dehydro-
genated or hydroxylated derivatives. In contrast, reactions promoting the consumption 
of  • OH by the Fenton’s reagent are major wasting reactions that decrease the oxidizing 
power of the Fenton systems. The catalytic activity of iron species is mainly determined 
by the solution pH and therefore, a strict pH control is needed. 
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 From a conceptual standpoint, the use of the electrochemical alternative seems 
more appealing since it allows the continuous electrogeneration and/or regeneration 
of the reactants (H 

2
 O 

2
  and Fe 2+ ), thus increasing the effi cacy of the processes and 

enhancing their environmental compatibility. The EF process was the fi rst method 
proposed among the EAOPs based on the cathodic electrogeneration of H 

2
 O 

2
  and 

laid the foundation for a large variety of related processes. It is an emerging technology 
that has been successfully applied to the treatment of acidic aqueous solutions 
containing organic pollutants including pesticides, organic synthetic dyes, pharma-
ceuticals and personal care products, and a great deal of industrial pollutants (Brillas 
et al.  2009  ) . The great interest for all these indirect electro-oxidation methods arises 
from the fact that reactions involved in the cathodic reduction of oxygen proceed at 
low potential and in homogeneous environment. The EF method is based on the 
continuous electrogeneration of H 

2
 O 

2
  at a suitable cathode fed with pure O 

2
  or air 

by reaction ( 8.34 ):

    
+ -+ + ®2 2 2O 2H 2e H O    (8.34)  

along with the addition of an iron catalyst to the treated solution to produce oxidant 
 • OH at the bulk via Fenton’s reaction ( 8.32 ). In an undivided cell, the process is 
complicated by the simultaneous destruction of pollutants with ROS, mainly the 
heterogeneous  • OH like Pt( • OH) or BDD( • OH) formed at a Pt or BDD anode, 
respectively. 

 The EF technology uses three- and two-electrodes divided and undivided elec-
trolytic cells in which H 

2
 O 

2
  is continuously electrogenerated. Cathode materials 

such as graphite, carbon felt, and gas diffusion electrodes (GDE) are most typically 
employed. Anode materials such as graphite, Pt, metal oxides and BDD are usually 
preferred. Figure  8.11  shows two examples of stirred undivided tank reactors. They 
have been utilized for the treatment of 100–250 mL of synthetic pharmaceutical 
solutions by EF.  

 In EF and most related methods, soluble Fe 3+  can be cathodically reduced to Fe 2+  
by reaction ( 8.35 ), with  E º = 0.77 V vs. SHE:

    
+ - ++ ®3 2Fe e Fe    (8.35)   

 The faster the regeneration of Fe 2+  by reaction ( 8.35 ), the quicker the production 
of  • OH from Fenton’s reaction ( 8.32 ). 

 The effi ciency of the oxidation process is a function of various operation 
parameters such as temperature, solution pH, O 

2
  feeding, stirring rate or liquid fl ow 

rate, electrolyte composition, applied potential or current, and catalyst and pollutant 
concentrations, some of which control the regeneration ability of Fe 2+  from Fe 3+  
produced along the process. 

 Preliminary work dealing with the application of EF to the treatment of pharma-
ceutical residues was started by Oturan et al.  (  1992a,   b  )  using a divided three-electrode 
cell with a toxic Hg pool under air bubbling They studied the polyhydroxylation of 
the NSAIDs ketoprofen and salicylic acid at pH 3.0 and applying a cathode potential 
 E  

cat
  =−0.5 V vs. SCE, with the addition of Fe 3+ . The reactivity of ketoprofen was 
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found to be similar to that of salicylic acid. More environmentally friendly systems 
have been developed since then, using two-dimensional GDEs or three-dimensional 
carbon felts as the cathode instead of Hg, as shown in Fig.  8.11 . Using a carbon-felt 
cathode in a divided three-electrode cell at  E  

cat
  =−0.5 V vs. SCE, Oturan et al. 

 (  1999a,   b  )  identifi ed four monohydroxylated derivatives of the neuroprotector drug 
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  Fig. 8.11    Schemes of bench-scaled, open, stirred two-electrode undivided tank reactors used for 
the electro-Fenton treatment of synthetic pharmaceutical solutions. H 

2
 O 

2
  is electrogenerated either 

at a gas diffusion electrode (GDE) composed of a carbon-PTFE cloth directly fed with O 
2
  ( upper ) 

or a carbon-felt electrode surrounding the anode and with bubbling air through the solution ( down ). 
Adapted from Brillas et al.  (  2009  )        
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riluzole upon the EF degradation at pH 2.0. These intermediates were identical to 
the natural metabolites and could be more easily oxidized than the starting drug. 

 More recently, the carbon-felt cathode has been applied to the decontamination 
of single and multicomponent solutions of the  b -blockers atenolol, metoprolol, and 
propranolol (Sirés et al.  2010  ) . Bulk electrolyses were performed at pH 3.0 and 
room temperature using a cell like that of Fig.  8.11  (down) containing 220 mL of 
drug solution in 0.05 M Na 

2
 SO 

4
  under the application of a constant current in the 

range 30–300 mA. Continuous saturation of air at atmospheric pressure to produce 
H 

2
 O 

2
  from reaction ( 8.34 ) was ensured by bubbling compressed air. The EF degra-

dation of atenolol with a Pt anode and 0.2 mM Fe 2+  showed a higher performance 
than the AO treatment (i.e., in the absence of Fe 2+ ), with fast destruction of this 
drug following pseudo-fi rst order kinetics and fast degradation. Solutions with 
0.15 mM atenolol (25 mg L −1  TOC) could be only partially mineralized by AO due 
to the low oxidation power of Pt and the formation of highly refractory by-products 
and so, only 15% TOC removal was achieved at 360 min, whereupon the TOC 
remained unchanged. In contrast, the complete mineralization of the solutions was 
ensured after 360 min at 300 mA by EF, due to the high amount of  • OH formed in 
the bulk. Under the latter conditions, atenolol disappeared in just 6 min. 
Multicomponent solutions with 0.15 mM of each  b -blocker (total TOC = 85 mg L −1 ) 
were electrolyzed under similar conditions and a high mineralization rate was 
observed up to the overall TOC removal at 480 min. The use of a gradient HPLC 
method allowed the simultaneous determination of the three pharmaceuticals. 
According to the absolute rate constants determined by the competition kinetics 
method, the order of reactivity of  • OH with each  b -blocker increases in the order: 
atenolol (1.42 × 10 9  L mol −1  s −1 ) < metoprolol (2.07 × 10 9  L mol −1  s −1 ) < propranolol 
(3.36 × 10 9  L mol −1  s −1 ). The structural differences account for their different 
reactivity. 

 Isarain-Chávez et al.  (  2010  )  also tested the use of carbon felt for the degradation 
of atenolol. Novel undivided, four-electrode combined cells containing a GDE and 
a carbon-felt cathode and equipped with two power supplies were proven to enhance 
the mineralization in EF because of the fast Fe 2+  regeneration at the carbon-felt 
cathode. Thus, solutions of 100 mL with 158 mg L −1  atenolol (100 mg L −1  TOC), 
0.5 mM Fe 2+ , and 0.05 M Na 

2
 SO 

4
  were degraded at constant current (50 mA in the 

GDE cell and 12 mA in the carbon felt cell) at 35°C, yielding mineralization degrees 
of 81% and 90% for the combined Pt/GDE-Pt/carbon felt and BDD/GDE-Pt/carbon 
felt confi gurations, respectively. Atenolol disappeared in about 25 min decays in 
these combined four-electrode cells, following again a pseudo-fi rst order kinetics, 
and it was observed that the destruction was four times quicker than in two-
electrode Pt/GDE and BDD/GDE cells. The time course of the concentration of 
the aromatic and short-chain carboxylic acid intermediates demonstrated the 
progressive detoxifi cation of the atenolol solutions during the application of the 
aforementioned EF treatments. 

 In the above works, a reaction sequence was proposed for atenolol mineralization. 
The initial formation of hydroxylated atenolol,  p -hydroxyphenylacetamide, and 
hydroxylated  p -hydroxyphenylacetamide as the aromatic by-products is illustrated in 



328 E. Brillas and I. Sirés

the main pathway of Fig.  8.12  (Sirés et al.  2010  ) . The aryl moiety undergoes further 
oxidation and aliphatic carboxylic acids such as maleic, fumaric, tartaric, tartronic, 
glycolic, formic, and oxalic are formed upon cleavage of the benzenic rings (Isarain-
Chávez et al.  2010  ) , as can be seen in Fig.  8.13 . Acetamide is also formed and oxidized 
to oxamic acid. Since Fe 2+  is largely regenerated at the carbon-felt cathode, the 
Fe(II)-oxalate and Fe(II)-oxamate complexes formed can be oxidized by  • OH and 
BDD( • OH). In contrast, the competitively produced Fe(III)-oxalate and Fe(III)-
oxamate complexes can only be removed with BDD( • OH). It can be seen that almost 
100% of the initial N content was accumulated predominantly as NH  

4
  +   ion.   

 A larger insight into the degradative behavior of pharmaceutical residues has 
been reported by Brillas’ group, who selected several compounds to study the per-
formance of undivided two-electrode cells like that of Fig.  8.11  (upper) containing 
a carbon-PTFE GDE as the cathode and different anode materials such as Pt and 
BDD. The experiments were always done by adding 0.2–2 mM FeSO 

4
  as the iron 

catalyst source to the starting solutions. Table  8.3  summarizes some selected results 
for the degradation of paracetamol, clofi bric acid, and salicylic acid. Former studies 
were focused on exploring the effect of Cu 2+  as a co-catalyst in the EF treatment of 
paracetamol using a Pt/GDE cell (Sirés et al.  2004,   2006b  ) , because a positive and 
synergistic effect had been previously observed for the EF treatment of other 
N-containing organic pollutants such as nitrobenzene (Brillas et al.  2004  ) .Solutions 
of 100 mL containing up to 1 g L −1  of this drug in 0.05 M Na 

2
 SO 

4
  were electrolyzed 

in the pH range 2.0–6.0 at a constant current density between 33 and 150 mA cm −2  
at 35°C for 6 h. Table  8.3  shows that the oxidation ability of the EF system with 
1 mM Fe 2+  and 1 mM Cu 2+  was greater than that with 1 mM Fe 2+  alone, which is 
much more evident at high current density. A 60% mineralization was obtained as 
maximum at 4 h using 1 mM Fe 2+  because of the formation of stable complexes of 
Fe(III) with the ultimate oxalic and oxamic acids formed that cannot be attacked by 
 • OH formed from Fenton’s reaction ( 8.32 ).  
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  Fig. 8.12    Initial reaction sequence proposed for the electro-Fenton (EF) degradation of atenolol 
using an undivided Pt/carbon felt cell. Atenolol is hydroxylated and deaminated to form the 
hydroxylated  p -hydroxyphenylacetamide. Adapted from Sirés et al.  (  2010  )        
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 In contrast, up to 81% TOC removal was achieved with the addition of Cu 2+  since 
the Cu(II) complexes are oxidized by  • OH. Paracetamol was very rapidly destroyed, 
only requiring 6 min at 100 mA cm −2  in both systems. The initial nitrogen was 
mainly transformed into NH  

4
  +   ions during all treatments. From the identifi cation of 

intermediates by GC-MS and HPLC, it was concluded that the initial hydroxylation 
of paracetamol produces hydroquinone with a release of acetamide, which is 
converted into oxamic acid. The simultaneous opening of the benzenic ring of 
 p -benzoquinone coming from hydroquinone degradation leads to oxalic acid via 
oxidation of generated carboxylic acids such as ketomalonic, maleic, and fumaric. 
The removal of fi nal oxalic and oxamic acids was strongly affected by the action 
of catalysts. 

 Further work of Brillas’ group followed a different strategy trying to enhance the 
performance of the EF process, focusing on the nature of the anode rather than on 
the addition of metal co-catalysts. The EF treatment of the blood lipid regulator 
metabolite clofi bric acid and the NSAID salicylic acid was carried out using both, 
undivided Pt/GDE and BDD/GDE cells like that of Fig.  8.11  (upper) (Sirés et al. 
 2007a,   b ; Guinea et al.  2008  ) . Comparative electrolyses were carried out with 
100 mL of 179 mg L −1  clofi bric (100 mg L −1  TOC) in 0.05 M Na 

2
 SO 

4
  at pH 3.0, 

100 mA cm −2 , and 35.0°C, with electrodes of 3 cm 2  area. As shown in Table  8.3 , the 
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  Fig. 8.13    Reaction sequence for the destruction of carboxylic acids formed during the electro-
Fenton (EF) degradation of atenolol in acidic aqueous solutions using combined Pt/GDE-Pt/carbon 
felt and BDD/GDE-Pt/carbon felt cells. The ultimate oxalic and oxamic acids form complexes with 
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superiority of BDD compared with Pt as the anode was confi rmed in EF with 
1.0 mM Fe 2+  because 93% TOC removal could be achieved in the BDD/GDE cell 
after 4 h. A higher removal rate was obtained as the current density increased due to 
the greater production of BDD( • OH) at the anode and  • OH in the bulk, reaching 
almost total mineralization after about 6 h. Such mineralization degree can not be 
achieved in EF with Pt, which then confi rms the interest of the BDD/GDE system 
as an alternative oxidation technology. On the other hand, clofi bric acid decays 
agreed with a pseudo fi rst-order kinetics, with total disappearance in 17, 7, and 
4 min at 33, 100, and 150 mA cm −2 . Similar trends for TOC and pollutant concentra-
tion decays were found for the treatment of 165 mg L −1  salicylic acid (100 mg L −1  
TOC) (Guinea et al.  2008  ) . Table  8.3  shows that only partial TOC abatement was 
achieved by EF, whereas the initial drug required 30 min to disappear. This time is 
higher than that found for paracetamol and clofi bric acid (see Table  8.3 ), due to the 
formation of hardly oxidizable Fe(III)-salicylate complexes. Solutions of 100 mL of 
the biocide chloroxylenol (100 mg L −1 , i.e., 61.5 mg L −1  TOC), the NSAID ibupro-
fen (41 mg L −1 , i.e., 31 mg L −1  TOC), and the antibiotic enrofl oxacin (158 mg L −1 , 
i.e., 100 mg L −1  TOC) were also partially mineralized by EF with Pt/GDE and BDD/
GDE cells (Skoumal et al.  2008,   2009 ; Guinea et al.  2010  ) . 

 In a collaboration between Brillas and Oturan’s groups, the oxidation ability of 
four EF systems with undivided cells, namely Pt/GDE, BDD/GDE, Pt/carbon felt, 
and BDD/carbon felt like those shown in Fig.  8.11  was comparatively studied by 
considering the degradation of the phenolic antimicrobials chlorophene, triclocar-
ban, and triclosan with Fe 3+  as the catalyst (Sirés et al.  2007c,   d  ) . In the cells with 
the GDE, H 

2
 O 

2
  was largely accumulated but Fe 3+  content remained unchanged, so 

that pollutant decay was enhanced by increasing the initial Fe 3+  concentration 
because this promoted faster Fe 2+  regeneration at the cathode with greater  • OH pro-
duction from Fenton’s reaction ( 8.32 ). In contrast, when the carbon-felt cathode was 
used, H 

2
 O 

2
  was electrogenerated in relatively small extent, whereas Fe 2+  was largely 

accumulated as a result of the quick Fe 3+  cathodic reduction, being required a Fe 3+  
concentration as low as 0.2 mM to obtain the maximum  • OH generation rate. Note 
that such results on the Fe 2+  regeneration totally agree with those discussed above 
for the treatment of atenolol. Under these conditions, absolute rate constant values 
of 1.00 × 10 10  and 5.49 × 10 9  M −1  s −1  were obtained for the decay reactions of chloro-
phene and triclosan, respectively. A poor mineralization degree was found for the 
Pt/GDE cell because of the diffi cult oxidation of fi nal Fe(III)-oxalate with  • OH. 
These complexes were completely destroyed using a BDD anode at a high current 
thanks to the great amount of BDD( • OH) generated on its surface. Complete miner-
alization was also achieved in both carbon felt cells with 0.2 mM Fe 3+  owing to the 
effi cient oxidation of Fe(II)-oxalate complexes with  • OH in the bulk. The highest 
oxidation power regarding total mineralization was attained for the BDD/carbon felt 
cell at a high current by the additional destruction of Fe(II)-oxalate complexes with 
BDD( • OH). The overall release of Cl −  ion was confi rmed for all treatments. 
Electrolyses in hydroorganic medium were found to be an interesting alternative for 
the study of the reaction pathway of low water-soluble pollutants such as triclocar-
ban. Thus, primary intermediates such as 2,4-dichlorophenol, 4-chlorocatechol, 
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chlorohydroquinone, and chloro- p -benzoquinone were identifi ed for triclosan, 
whereas urea, hydroquinone, chlorohydroquinone, 1-chloro-4-nitrobenzene, and 
1,2-dichloro-4-nitrobenzene were reported for triclocarban.  

    8.4.2   Anodic Fenton Treatment 

 The AFT is a variant of the EF process where the reagent H 
2
 O 

2
  is not cathodically 

generated, but it is added to the solution. A divided cell is employed to avoid the 
negative effect of the formation of OH −  at the cathode from water reduction, which 
raises pH and is then against the optimum conditions of  • OH production from 
Fenton’s reaction ( 8.32 ). This process has been extensively developed for water 
remediation by Lemley’s group, who have considered different bench-scale electro-
lytic systems (Brillas et al.  2009  ) . The most recent one is referred to as “membrane 
AFT” since an ion exchange membrane is used to connect the anodic and cathodic 
half cells. The system contains an iron plate with an area of 20–30 cm 2  as anode and 
a graphite rod as cathode, treating small volumes of 90–350 ml of anolyte with low 
contents of organic pollutants and NaCl as the background electrolyte at pH 2.0–3.0 
and a constant current of 0.01–0.24 A for short time periods of 2–40 min. The sac-
rifi cial iron anode allows the Fe 2+  electrogeneration from its anodic dissolution by 
reaction ( 8.1 ), whereas H 

2
  is produced from H 

2
 O reduction at the inert cathode by 

reaction ( 8.3 ). The continuous addition of H 
2
 O 

2
  into the anode half-cell is provided 

by a peristaltic pump, and thus the organic matter is oxidized by the  • OH formed 
from Fenton’s reaction ( 8.32 ). The controlled Fe 2+  electrogeneration along with the 
pH stability in the anode half-cell minimize the extent of the accumulation of 
Fe(OH) 

3
  sludge. In most trials, the fastest and overall removal of starting pollutants 

and their primary by-products is obtained with an [Fe 2+ ]/[H 
2
 O 

2
 ] ratio of 1:10, but a 

low mineralization degree is usually attained. 
 Although the former studies of Lemley’s group using this process assessed the 

oxidation power of AFT to remove various pesticides, two agricultural antibiotics 
belonging to the sulfonamides group, namely sulfamethazine and sulfadiazine, have 
been recently degraded (Neafsey et al.  2010  ) . Galvanostatic electrolyses were 
performed at room temperature employing a stirred tank reactor equipped with an 
anion exchange membrane, which separated the anodic half-cell containing 400 mL 
of the antibiotic solution from the cathodic half-cell containing 400 mL of 0.08 M 
NaCl. The AFT process was fi rstly optimized for the treatment of sulfamethazine by 
considering the effect of various experimental parameters. It was found that the 
optimal [Fe 2+ ]/[H 

2
 O 

2
 ] ratio was of 1:10 and the optimal Fe 2+  delivery rate was in the 

range 38.9–78  m M min −1 . Under these conditions, Fig.  8.14  shows that sulfamethazine 
disappears in 4–8 min from solutions with a concentration of 100  m M. Similarly, 
sulfadiazine was degraded within 6–8 min. Plausible degradation pathways were 
proposed for both antibiotics, involving the removal of the sulfonyl (−SO 

2
 ) group as 

the fi rst step, along with the hydroxylation of the extrusion product. However, the 
mineralization of the antibiotics was not assessed.   
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    8.4.3   Photoelectro-Fenton 

 The PEF method has been proposed and extensively studied by Brillas’ group using 
undivided, open Pt/GDE and BDD/GDE cells like those of Fig.  8.11  (upper). In this 
technique, the solution is treated under EF conditions and simultaneously irradiated 
with UVA light to accelerate the mineralization rate of organics. The [Fe(OH)] 2+  
ion, which is the pre-eminent form of Fe(III) at pH 2.8–3.5, plays a key role when 
the dark EF process is photoassisted by UVA lamps as energy source. Hydroxyl 
radicals are produced from Fenton’s reaction ( 8.32 ) as well, but the drawback of the 
large accumulation of Fe(III) species decelerating the treatment is avoided from the 
reductive photolysis of [Fe(OH)] 2+  by reaction ( 8.36 ), thus regenerating the Fe 2+  ion 
and producing additional  • OH (Pignatello et al.  2006  ) :

    ( ) ν
+ +é ù + ® +ë û

2 2 •Fe OH Fe OHh    (8.36)   

 In addition, UVA light can induce the photodegradation of some oxidation by-
products or their complexes with Fe(III) promoting Fe 2+  regeneration. This is the 
case for the photodecarboxylation of Fe(III)-carboxylate species, according to the 
general reaction ( 8.37 ), which turns into reaction ( 8.38 ) for oxalate complexes 
(Safarzadeh-Amiri et al.  1997  ) :

    ( ) ν+ ++ ® + +
2 2 •

2Fe OOCR Fe CO Rh    (8.37)  
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  Fig. 8.14    Normalized concentration destruction of 100  m M sulfamethazine by anodic Fenton 
treatment in the anodic compartment of a divided cell at various Fe 2+  delivery rates at the optimal 
[Fe 2+ ]   /[H 

2
 O 

2
 ] ratio of 1:10. Overall removal of the antibiotic was achieved between 4 and 8 min 

operating at Fe 2+  delivery rates > 38.9  m M min −1 . Adapted from Neafsey et al.  (  2010  )        
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    ( ) ( )ν- + -+ ® + - +
(3 2n) 2 2

2 4 2 4 2n
2Fe C O 2Fe 2n 1 C O 2COh    (8.38)   

 First works focused on exploring the degradation of paracetamol using a Pt/GDE 
cell (Sirés et al.  2004,   2006b  ) . Table  8.3  shows that PEF with a 6 W UVA light of 
 l  

max
  = 360 nm yields much better results than the corresponding EF treatments at 

any current density tested. Furthermore, the combination of 1 mM Fe 2+ , 1 mM Cu 2+ , 
and UVA light was the only one that led to the complete TOC removal, which was 
almost reached after 4 h at 100 mA cm −2 . This can be accounted for by the fact that 
the complexes of Fe(III) with oxalic and oxamic acids, which are not removed in 
dark conditions, can be photolyzed by UVA light giving almost total mineralization. 
Figure  8.15  shows that the synergistic effect of all the catalysts promotes the quickest 
decontamination because  • OH in the bulk can destroy the Cu(II)-oxalate and Cu(II)-
oxamate complexes generated and UVA light can photodegrade the competitively 
formed Fe(III) complexes. Paracetamol was destroyed after just 6 min at 
100 mA cm −2 , as also found in EF, which shows that UVA light does not photolyzes 
directly the drug.  

 Further work aimed at comparing the Pt/GDE and BDD/GDE cells for the 
treatment of clofi bric acid by PEF (Sirés et al.  2007a,   b  ) . The superiority of PEF 
compared with the analogous EF treatments discussed in Sect.  8.4.1  is shown in 
Table  8.3 , although the major differences were mainly given in the Pt/GDE cell. For 
example, at 100 mA cm −2 , up to 92% TOC removal was achieved by PEF, whereas 
only 73% was reached in EF. In the case of PEF, similar values of 91–92% were 
obtained at 4 h at any current density, but the total mineralization was attained at 7, 
6, and 5.5 h at 33, 100, and 150 mA cm −2 , respectively (not shown), which can be 
explained by the quicker generation of  • OH at a higher applied current. The use of 
BDD led to a quicker degradation, with more than 96% TOC removal at 4 h at 
100 mA cm −2 . On the other hand, assuming pseudo fi rst-order kinetics for clofi bric 
acid decays, a similar apparent rate constant ( k ) value of (1.35 ± 0.10) × 10 −2  s −1  was 
obtained for all the EF and PEF treatments, a value much greater than that obtained 
in AO, thus confi rming the higher reactivity of  • OH formed in the bulk to remove 
aromatics compared with that of Pt( • OH) and BDD( • OH) decay rate following a 
pseudo fi rst-order kinetics. 

 The performance of the PEF process with Pt/GDE and BDD/GDE cells was also 
assessed for salicylic acid solutions (Guinea et al.  2008  ) . As can be seen in Table  8.3 , 
both systems led to the complete mineralization at 3 h even at the lowest current 
density, thus ameliorating the results provided by the EF systems. Salicylic acid 
disappeared in 30 min, as in the case of EF, indicating that the drug was not directly 
photolyzed by UVA light. Also, solutions containing 100 mL of 61.5 mg L −1  of the 
antiseptic chloroxylenol were treated under similar conditions, and it was feasible 
to reach a 93% mineralization after 4 h by PEF with BDD at 33 mA cm −2 , only 
requiring 20 min for the destruction of the pharmaceutical (Skoumal et al.  2008  ) . 

 The analysis of the treated solutions by GC-MS and HPLC allowed detecting inter-
mediates such as: (1) 4-chlorophenol, 4-chlorocatechol, hydroquinone,  p -benzoquinone 
and 2-hydroxyisobutyric, tartronic, maleic, fumaric, formic and oxalic acids for 
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in the bulk. Adapted from Sirés et al.  (  2006b  )        
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clofi bric acid; (2) 2,3-dihydroxybenzoic, 2,5-dihydroxybenzoic, 2,6-dihydroxybenzoic, 
 a -ketoglutaric, glycolic, glyoxylic, maleic, fumaric, malic, tartronic and oxalic acids for 
salicylic acid; and (3) 2,6-dimethylhydroquinone, 2,6-dimethyl- p -benzoquinone, 
3,5-dimethyl-2-hydroxy- p -benzoquinone and maleic, malonic, pyruvic, acetic and 
oxalic acids for chloroxylenol. Hydroxylation followed by the generation of carboxylic 
acids is then the main degradative route of these aromatic pharmaceutical residues, as 
stated above for paracetamol and atenolol. 

 Ibuprofen, enrofl oxacin, and atenolol have also been degraded by PEF with Pt 
and BDD (Skoumal et al.  2009 ; Guinea et al.  2010 ; Isarain-Chávez et al.  2010  ) . 
Isarain-Chávez et al.  (  2010  )  reported that solutions of 100 mL with 158 mg L −1  
atenolol (100 mg L −1  TOC), 0.5 mM Fe 2+ , and 0.05 M Na 

2
 SO 

4
  were degraded by 

PEF at constant current at 35°C, yielding the complete mineralization in 360 min 
for both, the combined Pt/GDE-Pt/carbon felt and BDD/GDE-Pt/carbon felt con-
fi gurations. In fact, the two- and four-electrode cells that they proposed combining 
GDE and carbon-felt cathodes showed a similar oxidation power to reach the almost 
overall mineralization as a result of the quick photolysis of the iron complexes under 
UVA irradiation. Therefore, the potent, synergystic action of the UVA irradiation 
makes less signifi cant the effect of such an innovative combination of both kinds of 
cathodes in PEF. 

 A clear disadvantage of the classical PEF process with UV irradiation is the 
excessive economical cost arising from the use of artifi cial light. Luckily, recent 
work has shown that the alternative use of sunlight ( l  > 300 nm) as a free and 
renewable energy source in the so-called solar photoelectro-Fenton (SPEF) process 
is more viable for wastewater remediation. Brillas’ group has reported that direct 
solar irradiation on solutions treated in small tank reactors as well as in fl ow plants 
accelerates the decay of organics in SPEF compared with PEF because of the higher 
production rate of  • OH by reaction ( 8.36 ) resulting from the greater photon intensity 
supplied to the system (Brillas et al.  2009  ) . The SPEF method seems more benefi cial 
for water remediation than PEF, although further insight is needed for its future 
application at an industrial scale. 

 Comparative SPEF treatments have been performed with stirred Pt/GDE and 
BDD/GDE cells in order to analyze the possible differences with the PEF treat-
ments. Salicylic acid, ibuprofen, and enrofl oxacin were the pharmaceutical residues 
under study (Guinea et al.  2008 ; Skoumal et al.  2009 ; Guinea et al.  2010  ) . Figure  8.16  
shows the evolution of the solution TOC over the electrolysis time for the SPEF 
treatments with 100 mL of contaminated solution in the cell directly exposed to 
solar radiation, with a mirror at the bottom to better collect the sun rays. 

The experiments were made in Barcelona (latitude: 41º21’ N, longitude: 2º10’ 
E), being the direct average UV irradiation intensity close to 17 W m −2 . The miner-
alization of the three compounds by SPEF was very rapid. Salicylic acid was com-
pletely mineralized in only 120 min, following a similar trend for the Pt and BDD 
cells and with an energy cost of 10 and 20 kWh m −3 , respectively. For ibuprofen and 
enrofl oxacin, the TOC abatement was slightly quicker using BDD than using Pt. 
While enrofl oxacin was totally mineralized in 240 min with BDD, ibuprofen was 
rapidly destroyed up to 120 min, attaining 84–88% TOC removal, whereupon the 
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degradation became much slower fi nally reaching 89% and 92% TOC removal 
using Pt and BDD, respectively. A much longer electrolysis time is then required to 
destroy the refractory by-products and attain a high mineralization degree. Although 
not shown in Fig.  8.16 , a much faster TOC decay compared with PEF was always 
observed, which is owed to: (1) the additional production of  • OH from photoreduc-
tion reaction ( 8.36 ) and (2) the quicker photolysis of Fe(III)-carboxylate complexes 
with the greater UV energy supplied by solar irradiation. The decay of drugs in the 
above solutions was always very rapid. For example, ibuprofen disappeared totally 
in only 20 min, somewhat quicker than 30 min needed for PEF destruction, whereas 
enrofl oxacin removal required only 20 min in all PEF and SPEF treatments. Pseudo-
fi rst order kinetics was valid to describe all the concentration decays.  

 Finally, as a fi rst step to show the viability of SPEF at industrial scale, a fl ow 
plant with fi lter-press Pt/GDE or BDD/GDE reactors coupled to a solar photoreac-
tor was used for the treatment of 2.5 L of 158 mg L −1  enrofl oxacin solutions in 
0.05 M Na 

2
 SO 

4
 , with 0.2 mM Fe 2+  as the optimized catalyst concentration (Guinea 

et al.  2010  ) . The liquid was recirculated with a peristaltic pump at a liquid fl ow rate 
of 200 L h −1  and its temperature was kept at 35°C by two heat exchangers. The GDE 
cathode was fed with compressed air and the exposed geometric area of all the elec-
trodes was 20 cm 2  with an interelectrode gap of 1.2 cm. The solar photoreactor was 
a polycarbonate box of 600 mL irradiation volume, connected to the liquid outlet of 
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  Fig. 8.16    Normalized TOC abatement for the solar photoelectro-Fenton treatment of 100 mL of 
164 mg L −1  salicylic acid, 41 mg L −1  ibuprofen, and 158 mg L −1  enrofl oxacin in 0.05 M Na 

2
 SO 

4
  

with 0.5 mM Fe 2+  of pH 3.0 using Pt/GDE and BDD/GDE cells at 33 mA cm −2 . The salicylic acid 
solution was more rapidly mineralized and the use of a BDD anode enhanced the degradation 
process compared with Pt because complexes of Fe(III) are oxidized with hydroxyl radicals formed 
at BDD and photolyzed under UVA irradiation. Adapted from Guinea et al.  (  2008,   2010  )  and 
Skoumal et al.  (  2009  )        
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the electrochemical cell, with a mirror at the bottom and tilted 30º. As a result, the use 
of BDD led to a much quicker TOC removal compared to Pt, and the decontamination 
was much more rapid than in the small cell. Using BDD, an 86% TOC removal was 
achieved after 300 min at 50 mA cm −2 , with an energy cost of 21.2 kWh m −3 . The 
mineralization of enrofl oxacin was accompanied by the release of inorganic ions 
such as F −  (100% of the initial F), NH  

4
  +   (54% of the initial N), and NO  

3
  −   (41% of the 

initial N), whose concentrations were practically independent of the anode used.   

    8.5   Other Related Electrochemical Technologies 

 The treatment of pharmaceuticals such as ethinylestradiol contained in urine by 
electrodialysis has led to positive results concerning the toxicity reduction, as dem-
onstrated from the 99.7% of removal effi ciency of estrogenicity (Escher et al.  2006  ) . 
However, the effi cacy of such fi ltration treatment for the removal of pharmaceutical 
residues is not as well documented as in the case of other processes like the internal 
micro-electrolysis, PEC, and corona discharge, as discussed below. 

    8.5.1   Internal Micro-electrolysis 

 This method is a variant of EC described in Sect.  8.2 , but without an external power 
supply to feed electricity to the electrodes. It is based on the use of galvanic cells 
formed between grains or particles of iron and carbon in the pharmaceutical effl uent 
(Jin et al.  2002 ; Wang et al.  2009  ) . The spontaneous Fe dissolution from anode reac-
tion ( 8.1 ) and H 

2
  evolution from cathode reaction ( 8.2 ) or ( 8.3 ) are the main pro-

cesses taking place during the internal micro-electrolysis. The Fe(OH) 
2
  and/or 

Fe(OH) 
3
  produced from reaction ( 8.4 ) can then remove the organic contaminants 

through adsorption onto, co-precipitation with, and enmeshment in their fl occules. 
Furthermore, activated carbon can also adsorb some organic pollutants, especially 
the hydrophobic ones (Wang et al.  2009  ) . 

 Jin et al.  (  2002  )  examined the degradation of 500 mL of pharmaceutical waste-
waters with initial COD between 2.6 and 25 g L −1  in a batch tank reactor under stir-
ring by adding 80 g of iron-carbon grains in the pH range 2.3–9.1 during 120 min 
as maximum. They found that after neutralization and sedimentation of samples, 
more than 90% COD was removed using neutral and alkaline pH for internal micro-
electrolysis during more than 20 min, indicating that this procedure can be very 
effective for the decontamination of pharmaceutical effl uents. More recently, Wang 
et al.  (  2009  )  designed a pilot plant inspired in the combined process of Fig.  8.17  for 
treating a pharmaceutical effl uent containing 10–20 g L −1  COD with a high salinity 
of 61 g L −1  at pH 9. The internal micro-electrolysis was initially carried out by adding 
1.3 g of scrap iron and 40 g of carbon to 75 L of the raw wastewater at pH 2.0–3.0 in 
a tank under aeration for 5 h, followed by coagulation in a sedimentation tank at pH 
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7.0–8.0 for 30 min. The pre-treated effl uent was then fed into an activated sludge 
reactor for 5 h and the resulting wastewater was treated by hydrolysis acidifi cation 
at 38°C for 6 h before its introduction into sequencing batch reactor (SBR) of four 
steps for 8 h. The biologically treated effl uent was fi nally post-treated in an 
activated carbon adsorption reactor for 1.5 h. In this process, iron-carbon internal 
micro-electrolysis followed by coagulation yielded 64–72% COD removal and 
increased threefolds the wastewater biodegradability. Thanks to the effectiveness of 
this pre-treatment, COD was reduced by 90% and 96% after the biological treatment 
and post-treatment, respectively.   

    8.5.2   Photoelectrocatalysis 

 The electrochemical application of photocatalysis is the PEC method, which pro-
vides much higher effi ciency for wastewater remediation. This photoassisted elec-
trochemical method consists in the application of a constant bias anodic potential 
( E  

anod
 ) usually to a TiO 

2
 -based thin fi lm anode subjected to UV illumination. The 

electrochemical cells used in PEC are tank or fl ow reactors that permit the pass of 
UV light through a quartz glass to reach the exposed surface of the anode with the 
minimum loss of incident irradiation. Under these conditions, the photoinduced 
electrons are continuously extracted from the anode by an external electrical circuit 
to be injected into the cathode. This favors the production of a higher amount of 
holes from reaction ( 8.6 ) and heterogeneous  • OH from reaction ( 8.7 ), largely 
enhancing the oxidation compared with photocatalysis since reactions ( 8.8 )–( 8.13 ) 
are inhibited (Brillas et al.  2009  ) . 

 Former studies on the viability of PEC for pharmaceutical destruction have been 
reported by Liu et al.  (  2009a,   b  ) , who treated synthetic tetracycline wastewaters 
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Pre-treatment

Effluent

  Fig. 8.17    Flow chart for a combined treatment processes for the overall treatment of a real 
pharmaceutical wastewater. Internal micro-electrolysis followed by coagulation was utilized as a 
pre-treatment to remove COD and increase the biodegradability of the resulting wastewater for 
further biological treatment. Adapted from Wang et al.  (  2009  )        
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using a TiO 
2
  nanotube arrays photoanode in a stirred undivided three-electrode 

rectangular quartz reactor. The cell was fi lled with 25 mL of 50 mg L −1  drug solution 
in 0.02 M Na 

2
 SO 

4
  of pH 4.5 and contained, apart from the anode, a Pt wire as the 

cathode and a Ag/AgCl reference electrode. The solution was illuminated with a 
4 W UV lamp of  l  

max
  = 254 nm with an intensity of 2 mW cm −2 . By applying 

 E  
anod

  = 0.5 V vs. SCE for 180 min, Fig.  8.18  depicts that tetracycline concentration 
is reduced by 81% for PEC, whereas it only undergoes a 2% decay using electro-
chemical oxidation “without light irradiation” due to the very low oxidation power 
of the TiO 

2
  anode. It can be observed that the drug content decays 16% for direct 

photolysis “without electrodes” and 38% for photocatalysis “without potential 
supply”. The superiority of photoelectrocatalysis over photocatalysis can be mainly 
attributed to the suppression of the recombination process between the photogene-
rated electron/hole pairs from reaction ( 8.12 ) by the external electric fi eld. After 3 h 
of PEC treatment, 81% of decolorization and 41% TOC removal were determined. 
The same group has reported the PEC treatment of ibuprofen and naproxen using an 
innovative porous Bi 

2
 MoO 

6
  fi lm deposited onto BDD (Zhao et al.  2009b  ) . This pho-

toanode of 11 cm 2  area was exposed to a 150 W Xe lamp to simulate visible light 
irradiation and it was immersed into 60 mL of the drug solution in 0.12 mg L −1  
Na 

2
 SO 

4
  fi lling a cylindrical quartz cell that contained a Pt wire as the cathode and a 

SCE reference electrode.  
 For a solution with 10 mg L −1  ibuprofen at  E  

anod
  = 2 V vs. SCE, for example, 86% 

drug content decay and 72% TOC removal were found for the PEC process, which 
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  Fig. 8.18    Normalized concentration removal for different treatments of 50 mg L −1  tetracycline in 
0.02 M Na 

2
 SO 

4
  of pH 4.5 in a stirred rectangular quartz reactor of 25 mL capacity containing a 

TiO 
2
  anode, at a potential of 0.5 V vs. Ag/AgCl under 4 W UV irradiation at  l  

max
  = 254 nm, and a 

Pt cathode. The drug was much more rapidly removed for photoelectrocatalysis than for photoca-
talysis due to the suppression of recombination between the photogenerated electron/hole pairs by 
the external electric fi eld. Adapted from Liu et al.  (  2009a  )        
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were much higher than the corresponding values of 64% and 42% obtained for 
electrochemical oxidation and 21% and 8% for photocatalysis. In this case, the 
electrochemical oxidation was effective by the ability of Bi 

2
 MoO 

6
  coating to generate 

ROS at the great  E  
anod

  applied. These results confi rm the possibility of using PEC for 
pharmaceutical wastewaters treatment with sunlight as irradiation source, although 
more research is needed to demonstrate its viability in practice.  

    8.5.3   Corona Discharge 

 Krause et al.  (  2009  )  have recently proposed the destruction of several pharmaceuticals 
by a pulse or continuous corona discharge generated by two barrier electrodes that 
causes the generation of ROS such as  • OH,  • O, H 

2
 O 

2
 , etc. Cells operating in batch 

with non-circulation or recirculation of the wastewater, with different catalytic cath-
odes, were employed. The corona discharge was produced with 25–35 kV voltage 
amplitude at 30 kHz frequency level and a total energy of 250 W. The drug concen-
tration in 200 mL solutions with 0.1 mM of clofi bric acid, the antiepilectic drug 
carbamazepine, and the constrast medium iopromide was rapidly decreased operat-
ing by both pulse and continuous mode with a BDD catalytic cathode, disappearing 
in about 30 min. The kinetics for the decay of these compounds became slower with 
other cathodes, following the order BDD > Ti > IrO 

2
  > Fe. This sequence was ascribed 

to the greater production of O 
2
  due to its lower oxidation potential, with the conse-

quent loss of ROS to oxidize the pollutants. Although these fi ndings evidence that 
this method may be able to remove pharmaceuticals in wastewaters, the high energy 
required prevents its use in practice.   

    8.6   Conclusion 

 The treatment of pharmaceutical residues by means of several AOPs is progres-
sively receiving greater attention due to their effi cacy and/or effi ciency. Particularly, 
in the last decade the electrochemical technologies have proven to be an effi cient, 
versatile alternative. The EAOPs, especially those based on the electrogenerated 
Fenton’s reagent (H 

2
 O 

2
  + Fe 2+ ) such as the EF and SPEF processes, have been the 

most applied electrochemical decontamination processes for the treatment of syn-
thetic aqueous solutions containing pharmaceutical residues. These methods exhibit 
high oxidation ability due to the generation of  • OH in the bulk from the Fenton’s 
reaction between cathodically electrogenerated H 

2
 O 

2
  and added iron catalyst. The 

 • OH radical is able to lead very quickly to the cleavage of the aromatic rings as well 
as to the progressive oxidation of most of the aliphatic carboxylic acid by-products. 
However, the formation of some refractory carboxylic acids requires the use of UV 
radiation from artifi cial lamps or sunlight, and/or the use of high oxidation power 
anodes to take advantage of the anodic oxidation process based on the role of 
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heterogeneous  • OH radical. On the other hand, the real hospital and pharmaceutical 
wastewaters have been mostly treated by electrochemical oxidation with “non 
active” anodes such as BDD and electrocoagulation. Since these wastewaters 
usually contain Cl −  ion, the electro-oxidation process usually proceeds via the for-
mation of active chlorine species, thus being interesting the use of “active” anodes 
such as Ti/RuO 

2
 . Other technologies such as the internal micro-electrolysis and 

PEC have been less documented for the treatment of these pollutants and need more 
research for its thorough understanding. In summary, the use of renewable energy 
sources to power the processes is priority to enhance the sustainability of all these 
electrochemical treatments. This can defi nitely increase the acceptance of the elec-
trochemical technologies, as it is foreseen in the case of the SPEF. This latter method 
is probably the most promising technology among those explained in this chapter.      
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  Abstract   The acclivitious rise in fuel costs and taxation burden have signifi cantly 
triggered the scientifi c community to make substantial changes in the pattern of using 
renewable energy sources. Gases arising from anaerobic digesters and landfi lls are 
widely used as fuel to produce electricity, drive pumps and fi re boilers. Biogas can be 
defi ned as a biofuel produced by a large number of anaerobic microbial species that 
inherently possess the capability to ferment organic matter under controlled tempera-
ture, moisture and pH to yield a high energy value fuel. Methane and carbon dioxide 
are the two predominant compounds present in biogas, along with trace quantities of 
gases such as water vapour, hydrogen sulfi de (H 

2
 S), halogenated hydrocarbons, silox-

anes, ammonia, nitrogen, and oxygen. Biogas can be used as a fuel for generating heat 
and electricity and in feed boilers. However, biogas has to be cleaned and upgraded, 
in order to use it effectively as a fuel or to distribute it in the natural gas grid. Biogas 
cleaning not only increases the calorifi c value, but also reduces the risk of corrosion. 

 In this chapter, we outline the importance of biogas from their source, property 
and application view-points. Secondly, the various physico-chemical and biological 
methods commonly used for biogas cleaning were reviewed by highlighting the 
operational advantages and limitations in each case. We have also presented the 
different strategies adopted to control specifi c impurities present in biogas,  i.e.,  
CO 

2
 , siloxanes, H 

2
 S and other trace compounds.  

  Keywords   Biogas composition  •  Biogas cleaning  •  Physico-chemical treatment  
•  Biological treatment  •  Bioreactors  •  Hydrogen sulfi de  •  Siloxanes  •  Cryogenic  •  CO 

2
   

•  H 
2
 S  •  Water scrubbing  •  Activated carbon  •  Filter  •  Dioxin  •  Furan  •  CFC  •  NH 

4
   

•  Bioprocess  •  Biodegradation  •  Biofi lter  •  Bioscrubber  •  Biotrickling fi lter  •  Waste 
gas  •  Air pollution  •  Water pollution  •  Odour control  •  Greenhouse gases  •  Microbial 
kinetics  •  Reactor modelling  •  Photocatalysis  •  Absorption  •  Adsorption      

    9.1   Introduction 

 In recent years, renewable energy sources, in particular wind, solar, tidal, geothermal, 
and biomass, are gaining signifi cant interest because they promise to be a feasible 
and eco-friendly alternative to the acclivitous problems related to future fossil fuels 
shortage and the diffi culty of setting up hydro-electric and thermo-electric power 
stations. House  (  2007  )  explained the need for alternative energy sources as “rising 
energy prices and concerns about long-term sustainability have once again brought 
renewable energy sources to the forefront”. Through sustained research efforts from 
practicing engineers, scientists and researchers from a wide variety of disciplines, 
several newer techniques have emerged for the production of biogas, from diversi-
fi ed domestic, industrial and agricultural sources. 

 Biogas can be defi ned as “   an end-product originating from the anaerobic diges-
tion of hydrocarbons, comprising mainly methane (CH 

4
 ), carbon dioxide (CO 

2
 ), and 

other components” (Walsh et al.  1988  ) . To make the defi nition much simpler, biogas 
is the result of the complete microbial degradation of organic matter, under anaerobic 
conditions. This organic matter may be wastes from different sources, such as sewage 
sludge, landfi lls or industry. 
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 Furthermore, there are several reasons; apart from non-fossil fuels energy 
 production, for the utilization of anaerobic digestion. In nature, organic wastes will 
be degraded by the action of microorganisms, as it occurs in landfi lls, releasing a 
complex mixture of gases, mainly methane and carbon dioxide. Methane is a hazard-
ous pollutant and has a greenhouse gas effect 23-times greater than carbon dioxide, 
(Petersson and Wellinger  2009  ) . Therefore, collecting biomethane generated through 
anaerobic digestion, for subsequent combustion, will reduce the great environmental 
damage that can occur releasing those amounts of methane into the ambient atmo-
sphere. It can also be argued that, after anaerobic digestion, the organic matter will 
be stabilized and the fi nal digestate, rich in nutrients, can be used as a fertilizer. 

 However, biogas not only contains methane and carbon dioxide, but also other 
gases such as hydrogen sulfi de, siloxanes, halogenated hydrocarbons, or ammonia 
that are produced during the anaerobic digestion step. These impurities can cause 
health and environmental problems, and can lead to corrosion and failure of the 
process equipments, pipelines, nozzles and connections, as they tend to accumulate/
build-up. In addition, the presence of such impurities will reduce the fi nal methane 
content in biogas, which in turn reduces its calorifi c value during combustion. Thus, 
it is clear from the above-mentioned reasons that, in order to improve the quality of 
biogas, for economic considerations and from an environmental perspective, biogas 
has to be upgraded, just like the pre-treatment steps undertaken for other fossil 
fuels, prior to its utilization.  

    9.2   Biogas Technology 

 As previously mentioned, many different organic sources may be used in biogas 
generation. Although most of the natural organic material, except lignin (Sleat and 
Mah  1987 ; Petersson and Wellinger  2009  ) , can be used as a biogas precursor, the most 
important sources are those processes that are directly involved with waste manage-
ment, mainly sewage sludge, landfi lls, agriculture wastes, manure, and industrial food 
wastes (Fig   .  9.1 ).  

 The anaerobic digestion process, responsible for biogas production, is carried 
out in a closed reactor called a digester. Different designs of this reactor type have 
been studied and optimized to suit industrial operations, but the fi nal confi guration 
of the digester depends on many factors,  viz.,  characteristics and concentration of 
the raw organic feed, the scale of application and energy requirements, among others 
(Chynoweth  1987  ) . 

 Inside the digester, a mixed consortium of both anaerobic and facultative 
microorganisms will carry out the transformation of organic compounds into methane. 
This process, illustrated in three stages, as hydrolysis, acid forming and methanogenesis, 
is shown in Fig.  9.2 . In the fi rst stage, complex insoluble polymers (proteins, lipids 
and carbohydrates), are converted to simple soluble compounds (aminoacids, fatty 
acids and monosaccharides). The transformation of these complex substrates is carried 
out by anaerobic or facultative hydrolytic bacteria. During the acid forming stage, 
both anaerobic and facultative bacteria will degrade the simple substrates, originated 
in the hydrolysis step, through a series of fermentative processes. The main products 
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of fermentation are organic acids, alcohols, carbon dioxide, hydrogen, and compounds 
originated from proteins degradation, such as sulfi des and ammonia. However, not 
all the organic acids can be used as substrate by methanogenic bacteria, and hence 
they have to be degraded into other compounds like acetate (Gerardi  2003  ) . 
Acetogenic microorganisms are involved in the production of acetate from organic 
acids and alcohols (Eq.  9.1 ). Acetate can also be produced from the reaction of 
carbon dioxide and hydrogen originated from previous steps (Eq.  9.2 ). 

    + ®Organic acids alcohols Acetate    (9.1)  

    + ® +2 2 3 22CO 4H CH COOH 2H O    (9.2)   

 Finally, the methanogenic bacteria will use these fi nal products in order to generate 
methane, using different paths [Eqs.  9.3 – 9.5 ].

    ® +3 4 2CH COOH CH CO    (9.3)  

    + ® +2 5 2 4 32C H OH CO CH 2CH COOH    (9.4)  

    + ® +2 2 4 2CO 4H CH 2H O    (9.5)   

  Fig. 9.1    Schematic of biogas production, sludge storage and supply unit. After pre-conditioning 
the raw material (organic waste), microbial conversion of organic matter to methane and other useful 
end-product is achieved in the biogas plant, under well-optimized environmental conditions. This 
process is anaerobic and is quintessentially carried out by the action of various groups of anaerobic 
bacteria       
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    9.2.1   Biogas Composition 

 Biogas composition will depend on the type of waste source used. Biogas compounds 
are listed in Table  9.1 , while Table  9.2  shows the composition of some important 
trace compounds, such as siloxanes.   

 As shown in Table  9.1 , the methane content in raw biogas can vary signifi cantly 
depending on the origin of the organic waste. This variation implies that the methane 
potential calorifi c value will also be different. Therefore, depending on the methane 
content, biogas will be used for different applications. For example, poultry farm 
waste produces high biogas yields (0.065–0.116 m 3  biogas kg −1  dung), while 
pre-treated crop waste and water hyacinth have the potential to produce 0.037–
0.045 m 3  biogas kg −1 , respectively. For raw biogas containing > 75% methane, the 
heat value ranges from 20,100 to 28,900 kcal Nm −3  (Harasimowicz et al.  2007  ) . The 
calorifi c value has been reported to range from 22.5 to 25 MJ m −3 , assuming 
methane with about 35,800 KJ m −3 , which is roughly 6.25–10 kWh m −3  (Jordão and 
Pessoa  1995 ; Salomon and Lora  2009  ) .  

    9.2.2   Advantages and Applications of Biogas 

 From an aesthetic and hygienic view-point, biogas technology contributes signifi -
cantly to improvise living conditions and socio-economics in rural areas. It has been 

  Fig. 9.2    Different stages of 
the anaerobic digestion 
(Gerardi  2003  ) . The 
transformation of these 
complex substrates to 
methane is carried out by 
anaerobic or facultative 
hydrolytic bacteria. The 
methane thus produced can 
be burned to produce both 
heat and electricity, usually 
with a reciprocating engine       
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reported that, in developing countries, by installing biogas plants, diseases like 
asthma, lung problems, and eye infections have considerably decreased in the same 
area when compared to the pre-biogas plant times. Salomon and Lora  (  2009  )  esti-
mated the electricity generation potential of biogas from different sources of organic 
residues,  viz.,  sugar and alcohol industry residues (vinasse), urban solid and liquid 
wastes (garbage and sewage) and livestock wastes (bovine and swine manure), and 
described the advantage of biogas production as follows; “the bio-digestion process 
can reduce the polluting potential of organic residue discharges with high contents 
of biochemical oxygen demand (BOD), and at the same time, it can produce meth-
ane and a fertilizer agent as residue”. Biogas can be used for the generation of 
electricity with the help of internal combustion engines, as a fuel in substitution of 
natural or liquefi ed petroleum gas (LPG), heat generation for incubators and coolers, 
and as an alternative fuel for gasoline engines (Roubaud and Favrat  2005 ; Purohit 
and Kandpal  2007  ) .   

   Table 9.1    Composition of biogas obtained from different sources   

 Biogas  CH 
4
  (%)  CO 

2
  (%)  O 

2
  (%)  N 

2
  (%)  H 

2
 S (ppm)  NH 

3
  (ppm)  Reference 

 Landfi ll  44.0  40.1  2.6  13.2  n.a.  n.a.  Jaffrin et al. 
 (  2003  )  

 Landfi ll  47–57  37–41  < 1  < 1–17  36–115  n.a.  Rasi et al. 
 (  2007  )  

 Landfi ll  35–65  15–50  0–5  5–40  0–100  5  Petersson and 
Wellinger 
 (  2009  )  

 Sewage digester  58  33.9  0  8.1  24.1  n.a.  Rasi et al. 
 (  2007  )  

 Sewage digester  59.6  39.1  0.2  0.9  2,897  n.a.  Osorio and 
Torres 
 (  2009  )  

 Municipal sludge  60  33  0  1  n.a.  n.a.  Favre et al. 
 (  2009  )  

 Agriculture 
residues 

 68  26  0  1  n.a.  n.a.  Favre et al. 
 (  2009  )  

 Farm biogas plant  55–58  37–38  < 1  < 1–2  b.d.  n.a.  Rasi et al. 
 (  2007  )  

 From anaerobic 
digester 

 53–70  15–50  0–5  0.2  0–10,000  < 100  Persson et al. 
 (  2006  )  

   n.a  not available,  b.d  below detectable limit  

   Table 9.2    Composition of important trace compounds from different biogas sources   

 Biogas 
 Siloxanes 
(mg m −3 ) 

 Halogenated 
compounds (mg m −3 ) 

 Sulfur compounds 
except H 

2
 S (mg m −3 )  Reference 

 Landfi ll   7.84  194.9  22.9  Jaffrin et al.  (  2003  )  
 Landfi ll  24.15  n.a.  n.a.  Haberbauer  (  2005  )  
 Sewage digester   7.04  n.a.  n.a.  Haberbauer  (  2005  )  

   n.a  not available  
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    9.3   Biogas Cleaning Techniques 

 The biogas produced from different sources using conventional or emerging biogas 
technologies may contain various impurities. Biogas, when upgraded effi ciently, 
can be used for all applications designed for natural gas. However, in order to use 
biogas as a vehicle fuel it has to be enriched in methane, and this is primarily 
achieved by carbon dioxide removal which then enhances the energy value of the 
gas to give longer driving distances with a fi xed gas storage volume. Hydrogen sul-
fi de should also be removed before the gas can be used for generation of electricity 
or heat. The degree of treatment, however, depends on the desired gas utilization 
process. The presence of hydrogen sulfi de in biogas can lead to serious problems on 
process equipments, due to its toxic and corrosive nature, besides leading to sulfur 
oxide emissions during combustion. From an environmental and health view-point, 
hydrogen sulfi de is a fl ammable and highly toxic gas, heavier than air. Its odour 
threshold is about 0.00047 ppmv (Aroca et al.  2007  ) . Upon inhalation, hydrogen 
sulfi de reacts with enzymes in the bloodstream and inhibits cellular respiration 
resulting in pulmonary paralysis, sudden collapse, and death. Higher concentrations 
(200–300 ppm) may result in respiratory arrest leading to coma and unconscious-
ness (Syed et al.  2006  ) .The removal of carbon dioxide and hydrogen sulfi de, is usu-
ally recommended so as to avoid severe down-stream damage, increase process 
safety and increase the operational effi ciency of the equipment/down-stream pro-
cess. The different physico-chemical and biological methods used for biogas cleaning 
are discussed in the next section. 

    9.3.1   Physico-Chemical Methods 

    9.3.1.1   Removal of Carbon Dioxide 

      Adsorption 

      Pressure Swing Adsorption (PSA) 

 Carbon dioxide can be removed from the biogas by adsorption on a surface, 
normally activated carbon, molecular sieves or zeolites. In pressure swing adsorp-
tion, adsorption takes place at elevated pressure and the material is regenerated by 
reducing the pressure and subsequent application of a light vacuum. However, this 
process requires a pre-treatment step in order to remove water vapour and hydrogen 
sulfi de present in the inlet stream,  i.e.,  biogas. Hydrogen sulfi de pose a severe operat-
ing problem during adsorption at elevated pressures, as it could easily damage the 
adsorbent at such high pressures, very fast, because its adsorption is irreversible in 
these types of materials. The presence of water can destroy the structure of the adsor-
bent. In order to solve this, a pre-treatment step, normally adsorption onto impreg-
nated activated carbon followed by an increase in the temperature between 60°C and 
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90°C can easily remove gas-phase hydrogen sulfi de from biogas. After the desulfurization 
step, water is removed by condensation (Schulte-Schulze Berndt  2005  ) . 

 The schematic of pressure swing adsorption equipment, illustrating the several 
stages of unit operation is shown in Fig.  9.3 . The system consists of several vessels, 
often four, working in parallel, in an alternating cycle of adsorption, regeneration and 
pressure build-up. When the adsorbing material in one vessel becomes saturated, the 
biogas is sent to another vessel in which the adsorbing material has been already 
regenerated. The regeneration of the material is usually done in several steps. First, the 
pressure is reduced by linking the vessel with an already regenerated vessel. Then the 
pressure is again reduced to almost standard atmospheric values, and fi nally, the ves-
sel is completely evacuated using a vacuum pump (Petersson and Wellinger  2009  ) . 
The waste stream contains N 

2
 , O 

2
 , and CO 

2
 , along with small quantities of CH 

4
 , which 

can be re-circulated again into the inlet in order to recover that methane.  
 The methane-free outlet gas-stream leaving the vessel consists of mainly carbon 

dioxide, which can be released directly into the atmosphere or can be sent to further 
treatment. For instance, the outlet gas-stream can be linked to a generator and by 
doing so CO 

2
  emissions to the atmosphere can be avoided (Persson et al.  2006  ) .

   High methane concentration (  – ³  96%) in the treated biogas  
  Co-removal of other impurities, such as halogenated and silicon compounds, and  –
partial removal of oxygen and nitrogen  
  No handling of water or chemicals, therefore no liquid waste stream   –
  Simple and automatic operation     –

 However, this technique also has some disadvantages;

   Emission of waste gas stream of carbon dioxide and impurities   –
  The requirement of a pretreatment unit for desulfurization   –
  Energy requirements in compressors and heat exchangers       –
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  Fig. 9.3    Typical schematic of a pressure swing adsorption unit. The four adsorber vessels (PSA1-
PSA4) operate in an alternating cycle of adsorption, regeneration and pressure build-up. An optimized 
PSA-plant can achieve high enrichment of CH 

4
  (>97%) and low levels of air emissions and solid 

waste. The advantages of pressure swing adsorption can be summarized as follows (Schulte-Schulze 
Berndt 2005)       

 



3559 Biogas Technologies and Cleaning Techniques

      Absorption 

 In absorption techniques for biogas purifi cation, the raw gas is put in contact with 
a non-volatile liquid phase, the purpose being the mass transfer of the contaminant 
from the gas-phase to the liquid phase (Kennes et al.  2001  ) . The main idea of 
cleaning biogas through absorption is to transfer carbon dioxide from the gas-
phase to the stationary liquid phase, for example water, in which that pollutant is 
more soluble than methane. The different absorption technologies use different 
types of absorbents,  viz. , water scrubbing, organic physical scrubbing and chemi-
cal scrubbing. 

      Water Scrubbing 

 Carbon dioxide, as well as hydrogen sulfi de, are more soluble in water than methane, 
and in conventional scrubbing columns, these pollutants can easily be dissolved in 
aqueous phase, while the methane concentration in the gas-phase increases. In a 
typical water scrubber, biogas is compressed, in order to increase its solubility in 
water, and fed through the bottom of an absorption column, contacting a counter-
fl owing stream of water (Fig.  9.4 ). The column is fi lled with a packing material in 
order to increase the contact surface between the liquid and biogas. The outlet gas-
stream at the top of the column is biogas enriched in methane and saturated water, 
whereas the liquid collected at the bottom contains the pollutants. The water leaving 
the column also contains some amounts of methane, which can once again be treated 
in order to recover it. The liquid outlet is transferred to a fl ash tank where the 
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  Fig. 9.4    Schematic of a conventional water scrubber ( adapted from  de Hullu et al.  2008  ) . In a 
typical scrubbing unit, water soluble components removed from the gas-phase are absorbed by the 
continuously spraying water-phase. By adapting proper pH control devices, and under well-
optimized process conditions, high concentrations of volatile sulphur compounds, nitrogen and 
chlorine can be removed easily       
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dissolved gases, containing mainly carbon dioxide and some methane, are released 
and transferred back to the biogas inlet stream. After the fl ash tank, the liquid stream 
is transferred to a stripper, where water is regenerated by desorption with a counter 
fl ow of air, into which carbon dioxide will be released. During the stripping/regen-
eration process, hydrogen sulfi de reacts with the oxygen of air, forming elemental 
sulfur which can cause corrosion to the system. Moreover, the outlet gas stream 
contains traces of hydrogen sulfi de that will be released into atmosphere. If the 
hydrogen sulfi de concentration is high, it is more benefi cial to remove it prior to the 
water absorption step (Persson et al.  2006  ) .  

 There are two possible paths for the liquid stream; (1) In  single pass scrubbing , 
the washing water is used only once. The advantage is that the inlet water is free 
from trace quantities of both H 

2
 S and CO 

2
 . The disadvantage of this technique is 

that it requires a large amount of water and then, at the end of the process, it has to 
be treated in a waste water treatment plant. (2) In  regenerative absorption , the wash-
ing water is regenerated by desorption after washing the biogas. Water can be recir-
culated in the system and thus signifi cant reduction of the water quantity used is 
achieved compared to single pass scrubbing. Water scrubbing requires a large 
amount of water, so single pass scrubbing is neither very economic nor an eco-
friendly option. Hence, in most of the cases regenerative absorption is preferred 
(de Hullu et al.  2008  ) . 

 By using water scrubbers, methane concentrations greater than 97% can be 
achieved, although it produces two waste streams, one in the liquid and another in 
the gas-phase. Water scrubbing is the most common upgrading technique and plants 
are commercially available from several suppliers in a broad range of capacities 
(Petersson and Welinger  2009  ) .  

      Organic Physical Scrubbing 

 Organic physical scrubbing is very similar to water scrubbing; with the difference 
that the carbon dioxide is absorbed in an organic solvent in which carbon dioxide 
and hydrogen sulfi de are more soluble than in water. In this process, water and halo-
genated hydrocarbons, which are also present in biogas (for example-from landfi lls) 
are separated. However, a large amount of energy is needed to regenerate the organic 
solvent from hydrogen sulfi de; thereby it is often better to separate the hydrogen 
sulfi de prior to the absorption step. The most commonly used solvent for biogas 
absorption is polyethylene glycol, also known commercially as Selexol® and 
Genosorb® (Persson et al.  2006  ) . The major difference between water and polyeth-
ylene glycol is that carbon dioxide and hydrogen sulfi de are more soluble in the 
organic solvent, hence operational costs, as well as solvent regeneration and pump-
ing requirements, will be reduced. Besides, water and halogenated hydrocarbons 
are also removed. The polyethylene glycol scrubbing medium is then recirculated 
into the system and regeneration is done by heating and/or depressurizing. Hydrogen 
sulfi de, water, oxygen and nitrogen may be removed together with carbon dioxide 
using this technique.  
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      Chemical Scrubbing 

 Chemical absorption involves the formation of reversible chemical bonds between 
the pollutants and the solvent. Regeneration of the solvent, therefore, involves 
breaking of these bonds and correspondingly, a relatively high energy input (   Kapdi 
et al.  2004  ) . In chemical scrubbers, carbon dioxide reacts chemically with the absor-
bent present in the liquid-phase. The absorbents used are alkanol amine solutions, like 
mono ethanol amine (MEA), di-methyl ethanol amine (DMEA) or tertiary amines. 
The reaction, for a primary amine, takes place between the solutions amino group and 
carbon dioxide according to the equation described herein (Kumar et al.  2002  ) ;

    
- ++ ® +2 2 32RNH CO RNHCOO RNH    (9.6)   

 The enriched bio-methane stream will eventually be released at the top of the 
scrubber. As this chemical reaction is strongly selective, methane losses are usually 
low. The liquid containing carbon dioxide is regenerated in a subsequent step by 
heating, and, the clean solvent is recirculated into the system again. Using this tech-
nique, it is possible to achieve methane contents around 99% (Petersson and 
Wellinger  2009  )  (Fig.  9.5 ).  

 One disadvantage of the technique is that it can only treat one compound at a 
time,  i.e.,  for example: carbon dioxide. If hydrogen sulfi de is present in the inlet gas, 
it will also be absorbed in the amine scrubber solution. Desorption of hydrogen 
sulfi de is not as easy as for carbon dioxide and high temperatures have to be applied 
to recover it. Hence, prior to applying this technique for removing carbon dioxide, 
hydrogen sulfi de should be removed.   

      Membrane Technique 

 The driving force behind the membrane separation process is the difference in par-
tial pressure between different gases present in biogas. Certain molecules, due to the 
difference in particle size or affi nity, can be transported through a membrane while 
others can’t (de Hullu et al.  2008  ) . This separation technique is highly dependent on 
the type of membrane used. Many different membranes are commercially available, 
with different specifi cations, in order to permit or avoid the transport of specifi c 
compounds. There are two basic systems for biogas purifi cation with membranes: a 
 high pressure gas separation  with gas-phases on both sides of the membrane, and a 
 low-pressure gas liquid absorption separation,  where a liquid absorbs the mole-
cules diffusing through the membrane (Wellinger and Lindberg  2000  ) . 

 The inlet gas-stream passes through a fi lter in order to remove water, oil drops 
and aerosols, which could negatively affect the membrane performance. Additionally, 
hydrogen sulfi de is usually removed in another stage by adsorption with activated 
carbon (Petersson and Wellinger  2009  ) . The hydrogen sulfi de free biogas is then 
subjected to further purifi cation using gas permeable membranes. In the  high pres-
sure gas separation , the carbon dioxide will permeate through the membrane at a 
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faster rate than the other biogas components. Thus, the pressurized feed stream is 
separated into a carbon dioxide-rich, low pressure permeate stream on one side and 
a carbon dioxide-depleted high pressure CH 

4
  gas-stream on the other side 

(Fig.  9.6 ).  
 For biogas cleaning, membranes having high selectivity and CO 

2
  permeance 

capacity are usually preferred, in order to minimize CH 
4
  loss and achieve high 

methane purity. The membranes are also expected to operate at high pressure in the 
presence of water vapour. Conventional membranes for CO 

2
 /CH 

4
  separation are 

dense polymeric membranes based on the solution-diffusion mechanism (   Deng 
and Hägg  2010  ) . Membranes used in this technique are made of materials that are 
permeable to carbon dioxide, water and ammonia. Hydrogen sulfi de and oxygen 
permeate through the membrane to some extent while nitrogen and methane 
only pass to a very low extent. 

 In the  liquid absorption separation,  a microporous hydrophobic membrane is 
used in order to separate the gaseous phase impurities using a liquid phase. The 
molecules from the gas-stream, which are able to diffuse through the membrane, 
will be absorbed by a liquid stream that is kept on the other side of the membrane. 
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  Fig. 9.5    Schematic of a chemical scrubber ( adapted from  de Hullu et al.  2008  ) . The contaminants 
are removed from the gas stream by means of a scrubbing liquid (chemical). The scrubbing unit is 
packed with chemically inert packings to increase mass-tranfer and to provide large wetted surface 
area. The wetted area provides better contact between the gas and the scrubbing liquid       
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The removal of gaseous components using this technique is very effi cient. The 
absorbent normally used is sodium hydroxide. The liquid sodium hydroxide waste 
stream containing saturated hydrogen sulfi de can also be used for heavy metal 
removal from wastewater. Finally, carbon dioxide is removed by an amine solution, 
in an amine absorption column (see chemical scrubbing). The use of membrane 
permeation technique for upgrading biogas has been investigated thoroughly and is 
being used presently at the industrial level (Favre et al.  2009  ) .  

      Cryogenic Technique 

 Cryogenic technique is based on the differences of boiling and sublimation points 
between methane and the impurities, particularly for the separation of carbon diox-
ide and methane. Methane has a boiling point of −160°C at atmospheric pressure 
whereas carbon dioxide has a boiling point of −78°C (Persson et al.  2006  ) . This 
implies that carbon dioxide can be separated from the biogas as a liquid by cooling 
the gas mixture at elevated pressure. Methane can be taken out in gas or liquid 
phase, depending on the system confi guration. The basis of cryogenic separation 
technique is that biogas is compressed and then cooled followed by some expansion 
step. These phenomena make the carbon dioxide to condensate. After carbon dioxide 
has been removed as a liquid, the gas can be cooled further to condensate the methane. 
The separated carbon dioxide is clean and can be used elsewhere or sold. 

 To avoid freezing and other problems during the cryogenic compression-
expansion process, water and hydrogen sulfi de need to be removed from the raw 
biogas. Water and siloxanes are also removed during cooling of the gas. Cooling 
usually takes place in several steps in order to remove the different gases in the 
biogas individually and to optimize the energy recovery. 
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  Fig. 9.6    Schematic of CO 
2
  removal from biogas using membrane technique. Membrane separa-

tion techniques fall under two categories;  viz.,  high pressure gas separation, and gas-liquid adsorp-
tion. In the former case, selective separation of H 

2
 S and CO 

2
  from CH 

4
  can be achieved by 

continuously operating the system in three stages, yielding more than 96% pure CH 
4
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 Cryogenization is an emerging technique and is still under experimentation. de 
Hullu et al.  (  2008  )  reported simulated data from Aspen Plus software package, oper-
ating at −90°C and 40 bars. The simulation showed removal effi ciencies of 91%.   

    9.3.1.2   Removal of Hydrogen Sulfi de 

      Chemical Absorption 

 Chemical absorption, using sodium hydroxide (NaOH), is one of the oldest methods 
to remove gas-phase hydrogen sulfi de. Sodium hydroxide reacts with hydrogen 
sulfi de to form sodium sulfi de or sodium hydrogen sulfi de. The water absorption 
capacity is enhanced by sodium hydroxide, and due to this enhancement the volume 
of water required and pumping demands are reduced. The main disadvantage of the 
technique is that large quantities of water contaminated with sodium sulfi de are 
produced (Wellinger and Lindberg  2000  ) . Besides, dealing with the spent caustic 
solution needs high technical facilities and expertise. Because of this, sodium 
hydroxide washing is not very useful and economical as a biogas cleaning tech-
nique, except if the biogas contains high concentrations of hydrogen sulfi de, and for 
the fact that hydrogen sulfi de can be converted into a more stable or valuable 
product like sulfur (Petersson and Wellinger  2009  ) . 

 There are also two other chemical absorption-based processes where hydrogen 
sulfi de is used to produce iron oxide and elemental sulfur. In the fi rst process, 
hydrogen sulfi de reacts with iron hydroxide or iron oxide to form iron sulfi de 
(FeS). The iron oxide containing bed is usually made of oxidized steel wool (rust 
coated), wood chips covered with iron oxide or pellets made of red mud or some 
waste product from aluminum production. The system normally consists of two 
reaction beds/stages, as shown in Fig.  9.7 . The fi rst stage is desulfurizing the biogas, 
and the second stage consists of regenerating the material with air. During the 
regeneration stage, iron sulfi de is oxidized with air and iron oxide or hydroxide is 
recovered together with elemental sulfur (Petersson and Wellinger  2009  ) .  

 The second process is absorption of hydrogen sulfi de into iron-chelated solu-
tions. This type of absorption provides a good selectivity for hydrogen sulfi de, high 
removal effi ciencies and low consumption of chemicals, because the iron-chelated 
solutions act as a pseudo-catalyst that can be regenerated. 

 The mechanism reaction for this process can be given as follows, (de Hullu 
et al.  2008  ) :

    
- + ++ ® +2 3 2S Fe S Fe    (9.7)  

    ( )+ ++ ® +2 3
2 2Fe O aq Fe H O

   (9.8)   

 EDTA is the most commonly used chelating agent. In this process, carried out at 
ambient temperatures, the sulfur produced can be removed easily from the slurry by 
sedimentation or fi ltration operations. Removal of H 

2
 S from the biogas is almost 
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complete with this technique. As only hydrogen sulfi de can be removed by this 
technique, a secondary treatment step is required for removing carbon dioxide from 
the biogas.  

      Impregnated Activated Carbon 

 Adsorption by activated carbon is a practically viable technique to remove hydrogen 
sulfi de .  The activated carbon is usually impregnated with caustic materials like 
sodium or potassium hydroxide or otherwise modifi ed (   Bandosz et al.  2000  ) . In the 
presence of oxygen, hydrogen sulfi de can be converted by caustic catalysis, to pro-
duce elemental sulfur and water. The optimal reaction pressures vary between 7 and 
8 bars and typical operating temperatures range from 50°C to 70°C (Wellinger and 
Lindberg  2000  ) . The sulfur produced is adsorbed by the activated carbon while 
remaining traces of hydrogen sulfi de would react with the base and thus can be eas-
ily immobilized (Turk et al.  1992  ) . If the biogas is previously washed in scrubbers, 
in order to remove carbon dioxide, then the air stream will be humidifi ed during the 
scrubbing. After the washing step the air stream is blown through the activated car-
bon vessels. This presence of water will facilitate the reaction to sulfur conversion. 
When the activated carbon bed is saturated, it can be replaced for a fresh one, or 
regenerated by washing with water. Impregnated activated carbon is a common pre-
treatment step for hydrogen sulfi de removal, as reported earlier in section 
“Adsorption” on pressure swing adsorption.  
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  Fig. 9.7    Schematic of a chemical absorption column for H 
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 S removal from biogas (adapted from 

de Hullu et al.  2008  ) . Desulfurizing steo is carried out in the fi rst-stage, followed by material 
regeneration in the second-stage. Iron sulfi de is oxidized with air in the second-stage and iron 
oxide or hydroxide is recovered together with elemental sulfur       
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      Precipitation 

 Hydrogen sulfi de removal can be achieved inside the digester by adding iron salts 
like FeCl 

2
 , FeCl 

3
  or FeSO 

4
 . These compounds provide iron cations,  viz.,  Fe 2+  or Fe 3+ , 

owing to which hydrogen sulfi de will be transformed in the almost insoluble 
form, iron sulfi de. The method is primarily used in digesters when the hydrogen 
sulfi de concentrations in the biogas are greater than 1,000 ppmv (Petersson and 
Wellinger  2009  ) .    

    9.3.2   Biological Techniques 

    9.3.2.1   Biological Techniques for Carbon Dioxide Removal 

 Although very little has been reported about biological methods for the removal of 
carbon dioxide from biogas, recently some research groups have been investigating 
the possibility to use natural biodegradation processes such as photosynthesis or 
enzymatic catabolism, in biogas upgrading. 

 Converti et al.  (  2009  )  have reported a laboratory-scale apparatus for biogas 
production and purifi cation using a two-stage biological system,  viz.,  anaerobic 
digestion of sewage sludge from a waste water treatment plant followed by carbon 
dioxide removal by the photosynthetic  Cyanobacteria sp., Arthrospira platensis  
(anaerobic digester + photo-bioreactor).  Cyanobacteria sp.  as well as some 
microalgae, can remove simultaneously, organic and inorganic pollutants, some 
of these chemicals are very hazardous like phosphoric compounds.  A. Platensis 
sp . presents the advantage of mixotrophic metabolism, to remove either carbon 
dioxide or organic pollutants. Mixed sludge was added daily into the digester by 
fed-batch pulse feeding mode of operation and retention times were varied in the 
range of 6.2–50 days (beyond mesophilic digester ranges). The biogas thus pro-
duced was transferred into a sulfuric acid solution and fed into the photo-bioreac-
tor daily, by liquid displacement.  A. Platensis  was initially acclimated in a batch 
system and later cultivated in the photo-bioreactor that was made from a 1.0 L 
closed glass vessel, illuminated by a 40 W-fl uorescent lamp. Temperature was 
maintained at the microorganism’s optimum value of 30°C. Carbon dioxide was 
the only carbon source available for the growth of  cyanobacteria . The results 
from that study showed almost complete carbon dioxide removal from biogas 
(99%) and, the removal rate showed a near linear relationship with the microbial 
growth. Besides, from the photosynthesis step, oxygen was also produced in a 
range of 10–24%. 

 A research group in Sweden has studied the use of the enzyme carboanhydrase for 
carbon dioxide removal from biogas. Carboanhydrase is an enzyme present in human 
blood that catalyzes the dissolution of carbon dioxide generated during cell metabo-
lism. The dissolved carbon dioxide is transported as a carbonate to the lungs (Eq.  9.9 ), 
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where the same enzyme catalyzes the reverse reaction where carbon dioxide and 
water is formed (Petersson and Wellinger  2009  ) .

    
+ -+ « +2 2 3CO H O H HCO    (9.9)   

 According to their study, biogas could be purifi ed up to a methane content of 
99% (Mattiasson  2005  ) .  

    9.3.2.2   Biological Techniques for Hydrogen Sulfi de Removal 

 Bioprocesses for odour control are not a new technology, and bioreactors were 
already used several decades ago in waste water treatment plants (Pomeroy  1957 ; 
Ottengraf and Diks  1992  ) . However, recently they have further been developed and 
optimized as relatively new alternatives to non-biological processes, for waste-gas 
treatment (Kennes and Veiga  2001 ; Kennes et al.  2009a  )  and several new types of 
reactors, other than conventional biofi lters, have recently been used as well. 
Biological treatment systems are based on the activity of microorganisms to decon-
taminate polluted air through a series of phenomenological steps like absorption, 
adsorption, diffusion and biodegradation (Rene et al.  2009  ) . The pollutants are oxi-
dized to innocuous end-products like carbon dioxide, water and biomass, by a thriv-
ing microbial population present in the bioreactor (Kennes and Veiga  2001  ) . For 
biogas upgrading, the most common biological systems are biofi lters, biotrickling 
fi lters and bioscrubbers. 

      Microbial Considerations 

 Biogas can be desulfurized through the action of microorganisms. The main best 
performing species are the chemotrophs, namely  Thiobacillus sp . and  Sulfolobus sp . 
In oxygen-rich environments, chemotrophs use oxygen as their electron acceptor, 
and hydrogen sulfi de, thiosulfate or elemental sulfur as the electron donor. Under 
oxygen limited conditions, sulfur is the major end-product, which can be repre-
sented by the following equation (Kuenen  1975  ) :

    
-+ + + ® + + 2

2 2 2 4H S CO nutrients O cells nutrients Sand/orSO    (9.10)   

 Oxygen is the key parameter to control the level of fi nal oxidation (Rene et al. 
 2010  ) , therefore in biogas treatment, the main end-product would be elemental sulfur, 
considering that biogas is anaerobic. Recently, several studies have reported the 
biological treatment of hydrogen sulfi de using sulfur-utilizing chemolithoautotrophic 
denitrifi ers. Among others, two species are well known,  Thiobacillus denitrifi cans  
and  Thiomicrospira denitrifi cans . These microorganisms can degrade hydrogen 
sulfi de in the absence of oxygen, using nitrate as the electron acceptor. Sulfoxidation 
by these microorganisms can lead to the formation of elemental sulfur or sulfate, 
under both aerobic and anaerobic conditions (   Beristain Cardoso et al.  2006  ) .  
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      Overview of Bioreactor Confi gurations 

      Biofi lters 

 A biofi lter consists of a fi lter bed, with an organic packing like peat or compost or 
synthetic ones like plastic pall rings (Fig.  9.8 ). A nutrient solution comprising inor-
ganic salts and trace elements is added periodically to the bioreactor to supply the 
nutrients required for microbial growth, and to maintain optimal moisture contents 
in the fi lter bed (usually 40–60%). The packed bed acts as a carrier medium for the 
biomass and the nutrient source (Kennes and Thalasso  1998  ) . The raw biogas is 
allowed to pass through the fi lter bed, in an upfl ow or downfl ow mode, and hydro-
gen sulfi de present in the biogas is degraded by the microorganisms.  

 One disadvantage is the drop in pH down to extremely low values, often < 3, 
during the conversion of hydrogen sulfi de into sulfur or sulfate, which then needs 
periodic adjustment of media pH, by the addition of NaOH (Jin et al.  2005  ) .  

  Fig. 9.8    Schematic of a biofi lter for H 
2
 S removal. A well-optimized biofi lter provides the required 

ideal habitat for the growth of sulfi de-oxidizing bacteria, to the exclusion of competing microbes 
which can normally predominate in such systems. Microorganisms play a vital role in oxidizing 
hydrogen sulfi de to sulfuric acid       
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      Biotrickling Filters 

 The main differences between conventional biofi lters and biotrickling fi lters, is that 
in the later, the aqueous phase is continuously trickled over the packing and the bed 
is always made of inert materials, (Kennes et al.  2009b  ) . A schematic of the biotrickling 
fi lter is shown in Fig.  9.9 . Biotrickling fi lters are more complex than biofi lters, yet 
they have been used in fi eld situations to remove hydrogen sulfi de from biogas. This 
is due to its better performance in handling acidic compounds like hydrogen sulfi de, 
and its easiness in controlling the different physico-chemical operational parameters, 
 viz.,  pH, temperature and others.  

 Profactor Produktionsforschungs GmbH® recently designed a biotrickling fi lter, 
seeded with aerobic bacterial consortia, to remove hydrogen sulfi de from biogas. 
The system did not pose any operational problem and was found to be effective during 
long-term operation, bringing down hydrogen sulfi de concentrations from about 
2,000 ppm to below 3 ppm (   Trogisch and Baaske  2004 ; Ahrer et al.  2006  ) . 

  Fig. 9.9    A typical schematic of biotrickling fi lter. In practice, pilot-scale or full-scale biotrickling 
fi lters are periodically exposed to many perturbations as a result of fl uctuation or discontinuous 
shock loads. Industrial experiences have shown that H 

2
 S concentrations can be reduced from  

›2,000 ppm to below 3 ppm       
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 Soreanu et al.  (  2008  )  developed a pilot-scale biotrickling fi lter for hydrogen 
sulfi de removal from biogas, using  Thiobacillus denitrifi cans  as the predominant 
biocatalyst. Biogas produced from a pilot anaerobic digester was continuously fed 
to an anoxic biotrickling fi lter. Nitrate-rich waste water from a pilot-scale sequenc-
ing batch reactor was used as nutrient medium and the same effl uent, rich in 
microorganisms, acted as an inoculum. The system was tested for around 5 months, 
operating with hydrogen sulfi de concentrations between 1,000 and 4,000 ppmv, 
achieving removal effi ciencies greater than 99%. 

 Another biotrickling filter inoculated also with  Thiobacillus denitrificans  as 
the dominant genus, was operated by Bailón  (  2007  ) , for hydrogen sulfide 
removal from biogas. Aerobic  Thiobacillus sp.  were selected rather than anaer-
obic bacteria, due to several reasons, as low nutritional requirements, high 
hydrogen sulfide affinity or more economic value of the air compared to nitrate. 
Due to safety reasons, the inlet stream used in lab-scale assays was a mixture 
of nitrogen (65%), carbon dioxide (35%) and traces of hydrogen sulfide, instead 
biogas. The biotrickling filter consisted of three packed beds, stacked one 
above the other, and oxygen enriched nutrient medium was supplied to these 
beds by bubbling air through a bubble column that contained the nutrient 
medium. Reported removal efficiences were >99% at 1,000 ppm hydrogen sul-
fide concentrations. Even when working at 2,000 ppm, the removal never 
dropped below 93.5%.  

      Bioscrubbers 

 The schematic of a bioscrubber is shown in Fig.  9.10 . Removal of hydrogen 
sulfide in a bioscrubber is achieved in two stages. The first-stage involves 
physical or chemical absorption of the pollutant in a liquid stream (normally 
water), followed by the biological treatment of this liquid in a separate bioreac-
tor unit. Aerobic bioscrubbers have been reported in the literature to yield 
higher hydrogen sulfide removals than other biological processes. For anaero-
bic gases like biogas, similar systems can perform successfully taking into 
account the limitations of oxygen supply. Besides, compared to pure absorp-
tion-based techniques, like liquid redox systems (iron cheleates); bioscrubbers 
may serve as a good eco-friendly alternative (van Groenestijn  2001  ) . As 
described previously, chemical absorption based on iron chelated solutions 
needs one step only to regenerate the liquid absorbent, while in the case of 
bioscrubbers; regeneration can easily be achieved by the activity of microor-
ganisms like  Acidithiobacillus ferrooxidans .  

 Mesa et al.  (  2002  )  used a two-stage bioscrubber to remove hydrogen sulfi de from 
biogas. In the fi rst step, the biogas was absorbed in a ferric sulphate solution, pro-
ducing ferrous sulphate and elemental sulfur. The ferrous sulphate produced was 
regenerated by biodegradation using a low-pH tolerant bacterium,  Acidithiobacillus 
ferrooxidans , in the next stage bioreactor. By working at such low-pH values, the 
reactor required no addition of any chelating agent.      
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    9.4   Removal of Siloxanes from Biogas 

 Siloxanes are man-made organic products that belong to low molecular weight 
organosilicons. These compounds are used as a starting material for the formation 
of high molecular weight polyorganosiloxane that are present in many products of 
hygiene, health care and industrial products, as gums, shampoos, deodorants, etc. 
(Wheless and Jeffrey  2004  ) . In biogas arising from sewage treatment plants, as well 
as landfi lls, low molecular weight siloxanes volatilize into the digester gas and land-
fi ll gas. 

 During biogas combustion, in order to generate power, through gas turbines, 
boilers or internal combustion engines, siloxanes are converted to silicone dioxide 
(SiO 

2
 ), which can deposit in biogas-fuelled power plant equipments. These deposits 

can cause serious damages to the process equipments,  viz.,  abrasion to the engine 
parts, or result in the build-up of layers, leading to severe damage of the heat con-
duction and lubrication systems. They can also poison the catalysts used in gas 
purifi cation. Anew, such deposits can cause alterations in the geometrical structure 

  Fig. 9.10    Schematic of a bioscrubbers (absorption tower + bioreactor). It consists of two units, the 
absorption column and the bioreactor. The process involves in recirculating a biologically active, 
nutrient-rich scrubbing solution over a packed tower, while polluted air is forced upward through 
the media bed. Biodegradation of pollutants in liquid-phase occurs in the bioreactor unit       
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of the combustion chamber, inducing higher emissions of carbon monoxide and 
formaldehyde (Ajhar et al.  2010  ) . This not only increases the operation costs, but 
also severely affects the combustion effi ciency, suggesting the need for an appropri-
ate gas cleaning technique to remove siloxanes from biogas. 

 Low molecular weight siloxanes (D3, D4, D5, and L2) are sparingly soluble in 
water, have a density less than one and possess relatively high oil–water separation 
coeffi cient values (Table  9.3 ).  

 As evident from the structure of D3, D4, D5, and L2 illustrated in Fig.  9.11 , 
siloxane compounds are formed by Si-O bonds, with hydrocarbon groups on the 
silicone atom. This type of bond is not usually present in nature, and for this reason, 
siloxanes are widely considered as inert with respect to natural degradation in the 
environment.  

 Two types of chemical structures are found in siloxanes,  i.e.,  cyclic and linear. 
Three compounds are most commonly present in biogas,  viz.,  octamethylcyclotet-
rasiloxane and declamethylciclotetrasiloxane, abbreviated as D4 and D5 and belong-
ing to the cyclic type, while L2 (hexamethyldisiloxane) is of linear type, representing 
more than 90% of the total siloxane composition. 

    9.4.1   Siloxane Removal Technologies 

    9.4.1.1   Adsorption 

 Adsorption based techniques are the most effi cient amongst all the siloxane removal 
technologies, in particular activated carbon-based adsorption (Wheless and Jeffrey 
 2004  ) , although polymer beads, molecular sieve and silica gel have been tested for 
D5 and L2 removal (Schweigkofl er and Niessner  2001  ) . The adsorption capacity of 
activated carbon for volatile siloxane removal from biogas depends on the physico-
chemical properties of activated carbon, BET surface area and impregnation or 
microporous volume of the activated carbon (Schweigkofl er and Niessner  2001 ; 
Matsui and Imamura  2009 ; Finocchio et al.  2009  ) . Competitive adsorption pattern 
has reported to occur at adsorption sites, when the biogas contains compounds such 
as non-volatile sulfur, and halogenated compounds, in addition to siloxanes 

   Table 9.3    Selected physical properties of D3, D4, D5, L2, and Trimethylsilanol   

 Compound 
 Boiling 
point (°C) 

 P 
v
  (mm Hg) 

at 25°C 
 Water solubility 
at 25°C (mg/l)  Log K ow  

 Trimethylsilanol   69.5  16.0  35,000  1.14 
 L2  106.9  42.2  0.93  4.2 
 D3  135.2   8.6  1.56  3.85 
 D4  175.7   0.99  0.056  4.45 
 D5  211.2   0.174  0.017  5.2 

  Adapted from Schweigkofl er and Niessner  (  2001  )   
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(Urban et al.  2009  ) . Similar competitive behaviour can also occur between different 
types of siloxanes, for instance, L2 breakthrough is sooner than D5. Apart from that, 
the physical properties of siloxanes,  i.e.,  low water solubility, temperature and 
humidity, will also have a signifi cant infl uence on siloxane removal in activated 
carbon beds (   Ajhar et al.  2010  ) . 

 In order to extend the life of activated carbon, it has been suggested to pre-treat 
biogas, so as to remove other odorous compounds present in the raw biogas. This is 
usually achieved by using a water scrubber for the removal of hydrophilic com-
pounds or an absorber containing non-impregnated/impregnated activated carbon. 
Suffi cient care should also be taken to ensure that the biogas is dry before subjecting 
it to activated carbon adsorption for siloxane removal. 

 Silica gel has also shown good potential for D5 and L2 removal from biogas. 
Schweigkofl er and Niessner  (  2001  )  tested different types of adsorbents (activated 
carbon, polymer beads, molecular sieve and silica gel) for D5 and L2 removal, and 
it was observed that all the tested adsorbents exhibited large adsorption capacities 
for D5, and only silica gel and one of the activated carbon types did not get the 
breakthrough for L2. Desorption effi ciencies of L2 and D5 were greater than 95% 
for silica gel, while around 74–83% of D5 and > 95% of L2 was desorbed using 
activated carbon. Wheless and Jeffrey  (  2004  )  used silica gel and reported a 50% 
increase in siloxane loading capacity compared to activated carbon.  
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  Fig. 9.11    Chemical structure of L2, D3, D4, and D5. Siloxanes possess useful inherent properties; 
high compressibility, low fl ammability, low surface tension, and high thermal stability. Siloxanes 
can seriously damage the energy recovery equipment (heat exchangers, gas engines), thus reducing 
the economic benefi t of using biogas (Dewil et al.  2006  )        

 



370 M.E. López et al.

    9.4.1.2   Absorption 

 Although volatile siloxanes are reported as being highly non-reactive compounds, 
in the presence of strong acids or bases, generation of silicones is catalysed. 
Chemical absorption by a strong base is not very helpful because the reaction would 
produce carbonates, eventually leading to precipitation problems in the equipment. 
D5 and L2 absorption by strong sulfuric and nitric acid solutions was tested by 
Schweigkofl er and Niessner  (  2001  ) . High removal effi ciencies (> 95%) were 
achieved at 60°C. However, this technology is not of easy practical application in 
biogas plants, since strong acidic solutions are potentially dangerous for the health 
and the environment. 

 Selexol, a dimethyleter of polyethylene glycol, can be used in biogas processing 
plants to achieve high siloxane removals of > 98% (Wheless and Jeffrey  2004  ) . 
Several other solvents and mineral oils have also been evaluated for their absorptive 
potential to capture siloxanes, yielding less satisfactory results (Ajhar et al.  2010  ) .  

    9.4.1.3   Cryogenation 

 Deep chilling process, described earlier for carbon dioxide removal, can also be 
used for the removal of siloxanes. Ajhar et al.  (  2010  )  reported a theoretical model to 
predict siloxane concentrations of an ideal gas purifi ed by deep chilling at 1 bar, and 
temperatures between 0°C and −70°C. According to the model, condensation of 
siloxanes depends strongly on their different physico-chemical properties. More 
volatile compounds are more diffi cult to condensate. Thus, L2, D3 and L3 cannot 
be removed to concentrations lower than those present in biogas. Temperatures 
between −50°C and −70°C are required in order to achieve acceptable removals of 
D5, L4 and D4. 

 There are also a few studies wherein siloxane removal has been achieved at 
moderately extreme temperatures. Rossol et al.  (  2003  ) , achieved removal effi cien-
cies of 80–90%, by deep chilling of digester gas, at−30°C. At the same operating 
temperature, Wheless and Jeffrey  (  2004  ) , reported removals up to 50% from land-
fi ll gas, in laboratory-scale experiments and in practical situations. Schweigkofl er 
and Niessner  (  2001  ) , evaluated the effect of gas refrigeration on biogas originated 
from a waste disposal site and from a sewage treatment plant, at 5°C. The authors 
observed nearly 20–25% removal of low volatile compounds, while D5 was 
removed by 82–88% of its initial concentration. However, more than 88% of the 
initial siloxanes concentrations were found in both the dried landfi ll gas and sewage 
gas, after purifi cation, which was later attributed to the siloxane washed out in the 
acidic condensate (Schweigkofl er and Niessner  2001 ; Wheless and Jeffrey  2004 ; 
Ajhar et al.  2010  ) . 

 The initial investment and operation costs for any cryogenation based technique 
is relatively high, compared to other cheaper methods such as activated carbon. 
Chilling is usually preferable and considered to be economically viable only for 
high fl ow rates and elevated siloxane loads (Urban et al.  2009  ) .  
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    9.4.1.4   Membranes 

 The main reason for using membrane separation is to enrich the methane content in 
the biogas. Membranes that possess high siloxane/methane selectivity can be used 
to serve this purpose. Although membrane based removal techniques have been 
established very well for carbon dioxide removal, including industrial applications 
(Favre et al.  2009  ) , there are only few published results showing the application of 
membranes for siloxane removal where removal effi ciencies greater than 80% were 
obtained (Ajhar et al.  2010  ) . The initial investments and operational costs have to be 
analyzed well before implementing this technique to suit a particular industrial facil-
ity. The selection of the membrane type is also crucial for long-term performance.  

    9.4.1.5   Biodegradation of Siloxanes 

 As a synthetic compound, it was assumed that silicones were not able to be removed 
through microbial degradation in the environment. Despite this, recent studies have 
come to challenge this assumption. Graiver et al.  (  2003  )  reported PDMS biodegra-
dation by  Arthobacter  and  Fusarium oxyspurum schlechtendahl . Popat and 
Deshusses  (  2008  ) , reported results from laboratory scale studies for D4 biodegrada-
tion by aerobic and anaerobic means in biotrickling fi lters. In the aerobic biotrick-
ling fi lter, different empty residences times (EBRT) were tested, achieving D4 
removals of 43% at an EBRT of 19.5 min. Even greater removals were reached at 
higher EBRT, in the range of 30–40 min. Only one EBRT of 4 min was reported in 
the anaerobic biotrickling, and the corresponding D4 removal was 15%. However, 
working at such high EBRT would involve too signifi cant increases in the equipment 
and operation costs. In order to understand the mechanism of siloxanes biodegrada-
tion, the authors also estimated the D4 mass transfer coeffi cient between the liquid 
and the gas-phase. The results showed that the maximum mass transfer rate was 
markedly lower than the D4 load during the experiments, and it was concluded that 
mass transfer is a major rate-limiting step for the D4 removal performance in 
biotrickling fi lters. 

 Addition of a second, non-miscible organic phase was also tested in order to 
solve the mass transfer problems. The performance was carried in a biotrickling 
fi lter by the addition of oleyl alcohol. D4 removal appeared very high, 70%, during 
the fi rst week, but after that it dropped down to 10%. The partition coeffi cients 
between air and the organic phase were also calculated and it was found that mass 
transfer was faster in oley alcohol than in water. Therefore, the initial high removals 
observed in the biotrickling fi lter with oley alcohol were attributed to the absorption 
of the D4 into the organic phase. Overall, the authors concluded that D4 microbial 
degradation is poor and even microorganisms with the potential to degrade silox-
anes need time to adapt their metabolisms with D4 as the only carbon source. 

 In yet another recent study, Accettola et al.  (  2008  )  studied the biodegradation of 
D4 and D3 by activated sludge bacteria, with the dominant genus  Pseudomonas , 
isolated from a waste water treatment plant. D4 biodegradation experiments were 
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carried out in batch cultures for a period of more than 90 days. The results showed 
that some amount of D4 was degraded via hydrolysis to generate DMSD (dimethyl-
silanediol). This non-biological degradation was found to be higher in the presence 
of microorganisms than in the blanks. It was therefore suggested that biomass could 
act as a catalyst in the reaction. Accettola et al.  (  2008  )  also studied D3 biodegrada-
tion in an aerobic biotrickling fi lter and removal effi ciencies varying between 10% 
and 20%, at an EBRT of 3.6 min, were reported.  

    9.4.1.6   Other Techniques 

 There are several other techniques that have been tested only recently for siloxane 
removal; purifi cation by catalyst (Urban et al.  2009  ) , purifi cation using per-oxidation 
agents (   Appels et al.  2008  )  and ultra-fi ltration (Rossol et al.  2003  ) .    

    9.5   Removal of Other Compounds 

    9.5.1   Halogenated Hydrocarbons 

 Halogenated hydrocarbons, particularly chloro- and fl ouro-compounds, are often 
present in landfi ll gas. However, they are reported only rarely in the case of biogas 
from the digestion of sewage sludge or organic waste (Persson et al.  2006  ) . 

 These compounds can be oxidized during biogas combustion, generating corro-
sive products that can cause corrosion in CHP engines, in the combustion chamber, 
valves, cylinder heads and other equipment. Moreover, during the combustion they 
can be the precursors for dioxines (PCDDs) and furanes (PCDFs) generation. 

 The most common fl uorinated contaminants are the chlorofl uorocarbons (CFCs), 
which were widely used as refrigerants. Although their use has been completely 
forbidden since the late 1980s, they are persistent compounds in landfi lls due to 
their slow volatilization from old waste. Cleaning technologies normally applied to 
remove these compounds, are the same as described for carbon dioxide removal. 

 A special technique based on adsorption, is to pass the biogas through pres-
surised tube exchangers fi lled with specifi c activated carbon. Small molecules like 
methane and carbon dioxide will pass through the tube, while big molecules will be 
adsorbed. The system consists of two stages, one vessel will adsorb the halogen 
compounds from the biogas and at the same time, the other vessel is used for regen-
eration, desorbing the pollutants by heating, (Wellinger and Lindberg  2000  ) .  

    9.5.2   Removal of Water 

 Biogas is saturated with water vapour after leaving the digester. Water can conden-
sate in gas pipelines and lead to corrosion together with sulfur compounds. It can 
also affect other purifi cation systems, as in the case of the adsorption columns 
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packed with activated carbon, in which water can destabilize the structure of the 
material. A simple condensation process can be used to eliminate water, usually 
carried out by increasing the pressure or decreasing the temperature. 

 Adsorption based removal techniques include the use of silica, activated charcoal 
or molecular sieves. Regeneration of the materials is easily achieved by heating or 
decreasing the pressure. A simple absorption technology is the use of hygroscopic 
salts, (Petersson and wellinger  2009  ) .  

    9.5.3   Removal of Ammonia 

 Ammonia is formed as an end-product during the degradation of proteins in the digester. 
The amount of ammonia present in biogas will depend on the substrate’s composition 
and the pH in the digester. During biogas upgradation, above all during the drying and 
in the adsorption process, ammonia is usually removed. Therefore a separate cleaning 
step is generally not needed, if the amount of ammonia is not very high. However, in 
some cases ammonia concentrations will be higher, like in biogas originated from ani-
mal manure, where it can reach 2,000 ppm (Guo et al.  2009  ) . In such cases, other 
techniques are involved, like catalytic oxidation and biological degradation. 

 Guo    et al. (2009), designed a packed bed N-TRAP system, impregnated with 
sulfuric acid, for removal of ammonia originated in biogas. The N-TRAP adsorbent 
was prepared by waste wood-shaving sand anaerobic digestion bio-waste. The 
authors reported adsorption capacities much higher than those achieved with acti-
vated carbon under the same conditions. Another advantage is that the presence of 
water does not appear to affect the system, contrary to activated carbon. Finally, the 
adsorbent saturated with ammonia, can be used as a fertilizer, providing nutrients as 
nitrogen and sulfur for plant growth. 

 Regarding biological techniques, co-treatment processes for the removal of 
hydrogen sulfi de and ammonia as a mixture has been reported. However, inhibitions 
of ammonia degradation at high loadings of hydrogen sulfi de were observed. Those 
effects can occur due to the accumulation of elemental sulfur and ammonium 
sulfate in the system (Kim et al.  2002 ; Malhautier et al.  2003  ) . 

 Jiang et al.  (  2009  )  proposed a horizontal biotrickling fi lter packed with exhausted 
activated carbon, for the co-removal of hydrogen sulfi de and ammonia. The biofi lter 
was inoculated with both autotrophic sulfi de oxidizing and nitrifying bacteria. 
Working in a range of 20–100 ppmv, the maximum removal effi ciency achieved was 
95% for hydrogen sulfi de, at a gas residence time greater than 8 s. At a gas residence 
time greater than 4 s, a maximum removal of 98% was reached for ammonia.  

    9.5.4   Removal of Oxygen and Nitrogen 

 Oxygen is normally not present in the digester. However, oxygen is consumed by 
facultative microorganisms if at all they are present in the digester. The presence of 
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nitrogen in biogas is indicative of the presence of air in the system. If the gas is 
collected under pressure, like in the case of landfi lls, biogas can contain some air 
(Petersson and Wellinger  2009  ) . Some amount of oxygen is tolerable in biogas, 
however, high quantities would pose serious problems since oxygen is the key of 
explosion risks. The presence of nitrogen is not desirable due to its diluting effect 
that will result in a decrease of the methane content. 

 Oxygen and nitrogen can be removed by adsorption with activated carbon or 
molecular sieves. Some full-scale systems for carbon dioxide removal, like PSA or 
membranes, as well as systems used for desulfurization, can also remove part of 
them (Persson et al.  2006  ) . 

 Both compounds are diffi cult and expensive to remove; hence their presence 
should be avoided unless the biogas is used for CHPs or in boilers.   

    9.6   Conclusions 

 In this chapter, we reviewed and systematically discussed the merits and demerits of 
different physico-chemical and biological techniques for the removal of the undesir-
able compounds present in biogas. Choosing one technology or another, however 
requires a complex analysis involving different factors, as the capacity for treating 
different pollutants,  i.e.,  the undesirable component of biogas, and its cost-economics 
largely varies amongst different techniques. From an economic view-point, tech-
niques that produce less waste streams, has less energy requirements, involves low 
investments, operational and maintanence costs are usually prefered. Keeping this 
in mind, it would be wise to choose wet-scrubbers for carbon dioxide removal. 
Water scrubbers are easy to operate and less expensive than other techniques for 
carbon dioxide removal due to less energy requirements and non-utilization of 
chemicals. Furthermore, with the help of an additional pretreatment step for desul-
furization, they can also remove hydrogen sulfi de and other volatile inorganic com-
pounds present in biogas (ammonia). Chemical scrubbing with selexol ® , is an 
attractive option due to its high performance capacity for the simultaneous removal 
of different compounds, including siloxanes. Several fi eld trials have demonstrated 
that high pressure gas separation membranes and pressure swing adsorption can 
easily handle techniques that generate a liquid waste stream. However for the simul-
taneous removal of different compounds membranes are not found to be effective. 
On the contrary, energy requirements in pressure swing adsorption are higher due to 
the usage of several compressors. Regarding biological techniques, they are less 
energy consuming, cheap, reliable and eco-friendly alternatives (end products are 
innocuous), compared to physico-chemical techniques. Conventional bioreactor 
confi gurations have shown great potential in hydrogen sulfi de removal under differ-
ent operational conditions, both steady and transient-state, as well as for the co-
treatment of hydrogen sulfi de and ammonia. Bioreactors usually requires more time 
for start-up (several days to a few months), can experience clogging/channelling 
problems due to excess biomass growth, and pose operational risks if oxygen has to 
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be supplied continuously. Research on developing bioreactors for carbon dioxide 
and siloxanes removal has just been initiated. Further research directions should be 
aimed at optimizing and combining the highly performing physico-chemical meth-
ods, that generates less waste streams, with a suitable biological method that can 
decontaminate maximum number of compounds possible. Besides, for practical 
situations, it is also desirable to develop a biological step for the simultaneous 
treatment of hydrogen sulfi de and siloxane.      
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  Abstract   Industrialization, urbanization and various anthropogenic activities such 
as mining and agriculture have increased releases of toxic heavy metals into the 
natural environment such as soils, lakes, rivers, groundwaters and oceans. The 
release of heavy metals in biologically available forms alter both natural and man–
made ecosystems. Although some heavy metal ions are essential micronutrients for 
plant metabolism, they become highly toxic when they occur at high concentrations 
in soils, groundwaters and waste streams. Moreover, heavy metals are not biode-
gradable and persist in the environment. Conventional methods for the removal of 
the heavy metals ions from contaminated wasters and wastewaters include chemical 
precipitation, electrofl otation, ion exchange, reverse osmosis and adsorption onto 
activated carbon. Recently, pioneering research on biosorption of heavy metals has 
led to the identifi cation of microbes that are extremely effective in bioconcentrating 
metals. Biosorption is the binding and concentration of an element from aqueous 
solutions by organic materials such as microbial biomass. The major advantages of 
biosorption over conventional treatment methods include low cost, high effi ciency, 
minimization of chemical or biological sludge, regeneration of biosorbents and pos-
sible metal recovery. Due to their humic acid content, vermicomposts are a novel 
and effective variety of biosorbent for removing metallic ions such as Pb, Ni, Cr, Cd 
and V from wastewaters. The types of biosorbents surveyed in this chapter are fun-
gal biomass, biomass of nonliving, dried brown marine algae, agricultural wastes 
and residues, composite chitosan biosorbent prepared by coating chitosan, cellulose 
based sorbents, and bacterial strains.  

  Keywords   Biosorption  •  Heavy metals  •  Green chemistry  •  Langmuir  •  Freundlich  
 Toxicity  •  Cadmium  •  Chromium  •  Copper  •  Nickel  •  Lead  •  Zinc  •  Vermicomposting      

    10.1   Introduction 

 Rapid industrialization and urbanization have resulted in elevated emission of toxic 
heavy metals entering the biosphere. Various anthropogenic activities such as mining 
and agriculture have polluted extensive areas throughout the world (Lu et al.  2004  ) . 
The release of heavy metals in biologically available forms may damage or alter both 
natural and man–made ecosystems (Tyler et al.  1989  ) . Although some heavy metals 
ions are essential micronutrients for plant metabolism but if present in excess con-
centration in soil, groundwater and some aqueous waste streams can become 
extremely toxic to the receiving living micro and macro environments. Authorities 
have been applying very stringent regulations for the treatment of industrial wastewa-
ters recently because of the threatening level of the environmental pollution faced as 
a result of wastewater streams being discharged indiscriminately and which have 
unusually elevated concentrations of toxic organic pollutants and heavy metals ions. 

 Indeed, wastewaters from various industries, such as metal fi nishing, electroplat-
ing, plastics, pigments and mining, contain several heavy metals of health and 
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 environmental concern, such as cadmium, copper, chromium, zinc and nickel (Dang 
et al.  2009  ) . Industrial wastewater containing heavy metals is a threat to the public 
health because of the accumulation of the heavy metals in the aquatic life which is 
transferred to human bodies through the food chain. All the more, nowadays, an 
increasing number of hazardous organic compounds together with variable levels of 
heavy metals ions are also being discharged into the environment (Aksu  2005  ) . Most 
of the organic pollutants are degraded or detoxifi cated by physical, chemical and 
biological treatments before released into the environment. Although the biological 
treatments are a removal process for some organic compounds, their products of 
biodegradation may also be hazardous. Moreover, some non–degradable compounds 
like the heavy metals ions discharged into the environment along with the treated 
compounds can cause problems due to non–degradability, bioaccumulation, bio-
magnifi cation and transport to long distances. As a result, some organic molecules 
and the heavy metals ions are not biodegradable and persist in the environment. 

 Conventional methods for the removal of the heavy metals ions from wastewa-
ters include chemical precipitation, electrofl otation, ion exchange, reverse osmosis 
and adsorption onto activated carbon (Cimino et al.  2005  ) . But due to operational 
demerits, high cost of the treatment and the generation of toxic chemical sludges, 
some new technologies have been tried for a long time (Elouear et al.  2008  ) . Among 
them less expensive non–conventional adsorbents like apple waste (   Maranon and 
Sastre  1991  ) , peanut hull carbon (Periasamy and Namasivayam  1995  ) , agricultural 
wastes (Azab and Peterson  1989  )  and red mud (Apak et al.  1998  )  are being investi-
gated for the removal of ions like the Cd and Ni ions. Sud et al.  (  2008  )  propose the 
use of agricultural waste materials as bioadsorbents of heavy metals as a low cost 
and highly effi cient technology, because the functional groups present in agricul-
tural waste biomass (acetamido, alcoholic, carbonyl, phenolic, amido, amino and 
sulphydryl groups) have affi nity for heavy metals ions to form metal complexes or 
chelates that immobilize the contaminants through reactions of chemisorption, 
complexation, adsorption on surface, diffusion through pores and ion exchange. As 
a result, researchers and engineers, all alike, have been oriented toward the practical 
use of adsorbents for the treatment of wastewater polluted by heavy metals (Kocasoy 
and Güvener  2009  ) . 

 Many agricultural wastes, including barks, manures, and composts, contain high 
levels of lignocellulosic materials.    Harman et al.  (  2007  )  have hypothesized that the 
lignin fraction, which contains numerous reactive groups, would be highly effective 
in binding and removing heavy metals ions from contaminated water, and, further, 
that the absorptive capabilities of the materials would be strongly affected by the pH 
of the solution. A series of materials have been tested by Harman et al.  (  2007  ) , and, 
at pH levels above about 5.5, these materials were highly effective in removing 
heavy metals ions, generally as large or larger than nickel, but ineffective in removal 
of lighter ions such as sodium or magnesium. Various barks were generally observed 
to be the most effective and were capable of removing more than 90% of iron, cop-
per, or lead from solutions in simple shake fl ask experiments. Harman et al.  (  2007  )  
also highlighted that materials that retain cellular structures and that have high lignin 
contents were highly effective with barks possessing these properties. At alkaline 
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pH levels, many heavy metals ions precipitate, but three separate lines of evidence 
from the extensive study of Harman et al.  (  2007  )  indicate that ions were removed 
from aqueous solutions by absorption to barks rather than by precipitation. At acidic 
pH levels, they also were partially effective in removal of the oxyanion chromate. 
The study of Harman et al.  (  2007  )  hence underpinned that biosorption is becoming 
a promising alternative to replace or supplement the present removal processes of 
pollutants from wastewaters and other contaminated aqueous media. 

 Heavy metals ions have recently been of great and renewed concern because of 
the extreme toxicity and/or persistency in the natural waters and wastewaters. This 
comprehensive review gives an account of the toxicity of some selected heavy met-
als ions (Cd, Cr, Cu, Ni, Pb and Zn) and the performance of novel ( green ) biosor-
bents that have been tested for their removal by adsorption from contaminated 
waters. To the purpose of a balanced and comprehensive approach to the review on 
heavy metals ions removal by new biosorbents, this entry also describes the essen-
tials of the vermicomposting process and the wide variety of research recently con-
ducted to evaluate the potential of vermicomposts, fungal biomass, biomass of 
nonliving, dried brown marine algae, agricultural wastes and residues, composite 
chitosan biosorbent prepared by coating chitosan, cellulose based sorbents, and bac-
terial strains as effective heavy metals biosorbents.  

    10.2   Biosorption of Heavy Metals 

 Pollutants such as heavy metals, volatile organic compounds and dissolved solids are 
found in wastewaters. Heavy metal remediation of aqueous streams is of special 
concern due to recalcitrant and persistency of heavy metals in environment (Sud et al. 
 2008  ) . They are removed on adsorbents such as activated carbon, clay and sediments 
in riverbeds and in suspension. Over the years, the role of adsorption in water/waste-
water treatment has been critically investigated (Oke et al.  2008  ) . Adsorption of 
heavy metals onto suspended particles had been studied as a model of transportation 
of metals in rivers and sea. The effects of chemical composition and particle size on 
adsorption by suspended particles had also been studied. Attention had mostly been 
on carbon as adsorption materials and indeed Erhan et al.  (  2004  )  had documented 
about 37 sources of carbon, which had been studied as adsorbents for the removal of 
water pollutants. Three problems associated with the use of carbon for the adsorption 
of pollutants in a regular volume of waters are: (1) its relatively high cost in making 
renovation of water by this means very expensive, (2) the fragility of present types of 
activated carbon makes the regeneration and reuse of activated carbon diffi cult, (3) 
activated carbon is virtually limited to the removal of non–polar materials (Schroeder 
 1977  ) . Hence, conventional treatment technologies for the removal of these toxic 
heavy metals are not economical and further generate huge quantity of toxic chemi-
cal sludge, and research efforts have made that biosorption is now emerging as a 
potential and powerful alternative to the existing conventional technologies for the 
removal and/or recovery of metal ions from aqueous solutions. 
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 Biosorption is the binding and concentration of adsorbate(s) from aqueous solu-
tions (even very dilute ones) by certain types of inactive, dead, microbial biomass. 
The major advantages of biosorption over conventional treatment methods include: 
low cost, high effi ciency, minimization of chemical or biological sludge, regenera-
tion of biosorbents and possibility of metal recovery (Sud et al.  2008  ) . Another 
powerful technology is adsorption of heavy metals by activated carbon for treating 
domestic and industrial wastewater. However the high cost of activated carbon and 
its loss during the regeneration restricts its application. Since the 1990s the adsorp-
tion of heavy metals ions by low cost renewable organic materials has gained 
momentum. Recently attention has been diverted towards the biomaterials which 
are byproducts or the wastes from large scale industrial operations and agricultural 
waste materials. 

 Hence, pioneering research on biosorption of heavy metals, intrinsically guided 
by the emerging concept of  Green Chemistry , has led to the identifi cation of a num-
ber of microbial biomass types that are extremely effective in concentrating metals. 
 Green Chemistry  (environmentally benign chemistry) is the utilization of set of 
principles that reduces or eliminates the use or generation of hazardous substances 
in the design, manufacture and application of chemical products (Kidwai and Mohan 
 2005  ) . In practice, green chemistry is taken to cover a much broader range of issues 
than the defi nition suggests. As well as using and producing better chemicals with 
less waste, green chemistry also involves reducing other associated environmental 
impacts, including reduction in the amount of energy used in chemical processes 
(Kidwai and Mohan  2005  ) . 

  Green Chemistry  is not different from traditional chemistry in as much as it 
embraces the same creativity and innovation that has always been central to classi-
cal chemistry. However, there is a crucial difference in that historically synthetic 
chemists have not been seen to rank the environment very high in their priorities 
(Kidwai and Mohan  2005  ) . But with an increase in consciousness for environmental 
protection, environmental pollution prevention, safer industrial ecology and cleaner 
production technologies, throughout the world, there is a heightened interest and 
almost a grand challenge for chemists to develop new products, processes and ser-
vices that achieve necessary social, economical and environmental objectives. Since 
the types of chemicals and the types of transformations are very much varied in the 
chemical industry and chemical research worlds, so are the green chemistry solu-
tions that have been proposed. 

 Some types of biomass are waste byproducts of large–scale industrial fermenta-
tions while other metal–binding biomass types can be readily harvested from the 
oceans. These biomass types can accumulate in excess of 25% of their dry weight in 
deposited heavy metals: Pb, Cd, U, Cu, Zn, Cr and others. Some biosorbents can bind 
and collect a wide range of heavy metals with no specifi c priority, whereas others are 
specifi c for certain types of metals. When choosing the biomass for metal biosorption 
experiments, its origin is a major factor to be considered. In general terms, biomass 
can come from industrial wastes which should be obtained free of charge, organisms 
that can be obtained easily in large amounts in nature ( e.g.,  bacteria, yeast, algae) or 
fast–growing organisms that are specifi cally cultivated or propagated for biosorption 
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purposes (crab shells, seaweeds). Figure  10.1  presents some of the biosorbents that 
have been recently tested and analysed for their metal ions removal capacity. Research 
on biosorption is revealing that it is sometimes a complex phenomenon where the 
metallic species could be deposited in the solid biosorbent through various sorption 
processes, such as ion exchange, complexation, chelation, microprecipitation and 
oxidation/reduction. The sections to follow highlight the pollution and toxicity char-
acteristics of some selected heavy metals (Cd, Cr, Cu, Ni, Pb and Zn) and summarize 
in a representative manner the various biosorbents that have been studied for their 
removal from synthetic and/or natural contaminated aqueous media.  

  Fig. 10.1    Biosorbents prepared from various biomass sources for removal by adsorption of heavy 
metals such as chromium, cadmium, zinc, lead, nickel and copper. The several biomass sources 
tested for their heavy metal uptake capacity can be grouped broadly in the following categories: 
organic wastes and residues (e.g. black gram husk, orange peel wastes and olive mill residues), algae 
(e.g.  turbinia ornata  and  ulva reticulata ), cellulose based sorbents; bacterial strains (e.g.  Cryptococcus 
neoformans ,  staphylococcus  sp. bacteria and  streptomyces coelicolor  A3(2)) and fungal biomass 
(e.g.  rhodotorula glutinis  yeast, waste beer yeast and ethanol treated waste baker’s yeast)       
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    10.2.1   The Vermicomposting Process 

 Composting is a controlled self–heating, aerobic solid phase biodegradative process 
of organic materials (Ryckeboer et al.  2003  ) . The process comprises mesophilic and 
thermophilic phases involving numerous microorganisms. In several successive 
steps, microbial communities degrade organic substrates into more stable, humifi ed 
forms and inorganic products, generating heat as a metabolic waste product (Mason 
 2006 ; Mohee and Mudhoo  2005 ; Mudhoo and Mohee  2006,  2007,  2008 ; Nakasaki 
et al.  2005 ; Richard et al.  2006 ; Ryckeboer et al.  2003  ) . During composting, com-
pounds containing carbon and nitrogen are transformed through successive activi-
ties of different microbes to more stable organic matter, which chemically and 
biologically resembles humic substances. The rate and extent of these transforma-
tions depend on available substrates and the process variables used to control com-
posting (Gajalakshmi and Abbasi  2008  ) . Due to the complexity of substrates and 
intermediate products, microbial diversity and the succession of populations is a 
prerequisite to ensure complete biodegradation (Ryckeboer et al.  2003  ) . Due to the 
dynamic process, both in time and space (microhabitats) (Das and Keener  1997 ; 
Ryckeboer et al.  2003 ; Taiwo and Oso  2004 ; Xi et al.  2005  ) , which is refl ected by 
constantly changing pH, humidity, oxygen partial pressure and temperature it is 
extremely diffi cult to detect, all the microorganisms involved. Research on com-
posts is also relatively diffi cult because the process can hardly be simulated in the 
laboratory since all major gas and temperature fl uxes are to a large extent deter-
mined by the physical extension of the system. 

 Vermicomposting is the term given to the process of conversion of biodegradable 
matter by earthworms into vermicompost (Garg et al.  2006 ; Tognetti et al.  2005  ) . In 
the process, a major fraction of the nutrients contained in the organic matter is con-
verted to more bioavailable forms. The fi rst step in vermicomposting occurs when 
earthworms break the substrate down to small fragments as a prelude to ingesting 
the substrate (Gajalakshmi and Abbasi  2008  ) . The earthworms possess a grinding 
gizzard that enables the mincing of the substrate. This increases the surface area of 
the substrate, facilitating microbial action. The substrate is then ingested and goes 
through a process of “digestion” brought about by numerous species of bacteria and 
enzymes present in the worm gut (Gajalakshmi and Abbasi  2008  ) . During this pro-
cess, important plant nutrients such as nitrogen, potassium, phosphorus, and cal-
cium present in the feed material are converted into forms that are much more 
water–soluble and bioavailable to the plants than those in the parent substrate 
(Martín–Gil et al.  2008 ; Ravikumar et al.  2008  ) . The earthworms derive their nour-
ishment from the microorganisms that grow upon the substrate particles. At the 
same time, they promote further microbial activity in the residuals so that the faecal 
material that they produce is much more fragmented and microbially active than 
what was ingested (Gajalakshmi and Abbasi  2008  ) . Worms can digest more than 
their own weight each day, and since the retention time of the waste in the earth-
worm is short, large quantities are passed through an average population of earth-
worms. In vermicomposting the earthworms take over the roles of both turning and 
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maintaining aeration (Contreras–ramos et al.  2006  )  for the organics to be in an aero-
bic condition, thereby eliminating the need for mechanical or forced aeration. 

 In the digestive system of these worms, microorganisms are responsible for 
transforming some 40 (Pereira and Arruda  2003  )  organic species (proteins, nucleic 
acids, fats, carbohydrates) into a more stable product (vermicompost). This product 
presents a high cation exchange capacity (CEC), high humidity content, wide par-
ticle size distribution, high concentration of nutrients (Ca, Mg, Na, K, P, S, N) and 
a characteristic black colour due to the presence of humic substances (Atiyeh et al. 
 2002 ; Canellas et al.  2002 ; Contreras–ramos et al.  2005 ; Arancon et al.  2006  ) . 

 Vermicomposting is not an entirely exothermic process and, unlike conventional 
composting processes (Mason  2006  ) , does not lead to any perceptible rise in the 
vermireactor temperature (Gajalakshmi and Abbasi  2008  ) . To ensure that the earth-
worms remain maximally active, the vermireactor should be kept at conditions of 
temperature and soil moisture as close to the given earthworm species’ naturally 
preferred habitat as possible. Vermicompost from different sources such as munici-
pal solid waste (Alves and Passoni  1997  ) , pig manure (Atiyeh et al.  1999  )  and 
decomposed pods of green gram (Kamergam et al.  1999  )  promote plant growth. 
Vermicompost can also be obtained when cattle manure, together with soil, are used 
for earthworm diet. Earthworm species such as  Eisenia fetida ,  Lumbricus terrestris  
and  Lumbricus rubellus  have been successfully used in composting processes. 
Although a great deal of research has been conducted on vermicomposting, Table  10.1  
summarizes but a few selected studies that have been conducted to treat organic 
wastes/substrates by vermicomposting technology. The main substrates treated, the 
experimental conditions, the composting process performance and main conclusions 
have been jotted down. The reader is however invited to read though the works of 
Dominguez et al.  (  1997  ) ,    Logsdon  (  1994  ) , Nagavallemma et al.  (  2004  ) , Sharma et al. 
 (  2005  ) , Tognetti et al.  (  2005  )  and Wang et al.  (  2007  )  for more valuable (and techni-
cal) information on the vermicomposting process.   

    10.2.2   Heavy Metals Biosorption by Vermicomposts 

 At present there are only a few studies regarding the treatment of wastewaters con-
taining heavy metals by vermicompost. The effi ciency of vermicompost for remov-
ing heavy metals from aqueous solutions or industrial effl uents has not been studied 
in detail except to mention a few and namely Jordão et al.  (  2002  ) , Pereira and Arruda 
 (  2003  ) , Carrasquero Durán et al.  (  2006  ) , Jadia and Fulekar  (  2008  ) , Urdaneta et al. 
 (  2008  )  and Jordão et al.  (  2009  ) . Those researchers found that metal concentrations 
in the purifi ed effl uents were below the maximum values established for waste dis-
charges by the prevalent local standards. They also reported that the vermicompost 
residues obtained from the metal retention process could be applied as a fertilizer to 
agricultural lands. In their review of vermicomposting and vermicompost, Sharma 
et al.  (  2005  )  have given a comprehensive description of vermicompost, and the main 
their main conclusions are discussed in the following section. 
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 Vermicompost is a ‘peat–like’ material with high porosity, aeration, drainage, 
water holding capacity and microbial activity (Ansari  2008 ; Zaller  2006  ) . It contains 
most nutrients in plant available forms such as nitrates, phosphates, exchangeable 
calcium and soluble potassium and has large particular surface area that provides 
many microsites for microbial activity and for the strong retention of nutrients 
(Singh et al.  2008 ; Zaller  2006  ) . The plant growth regulators and other plant growth 
infl uencing materials i.e. auxins, cytokinins and humic substances produced by 
microorganisms have been reported from vermicompost (Arancon et al.  2006 ; 
Bachman and Metzger  2008  ) . The humic materials extracted from vermicomposts 
have been reported to produce auxin–like cell growth and nitrate metabolism of 
carrots (   Muscolo et al.  1999  ) . However humic substances can occur naturally in 
mature animal manure, sewage sludge or paper–mill sludge but their amount and 
rates of production are increased dramatically by vermicomposting (Sharma et al. 
 2005 ; Romero et al.  2007  ) . Humic acid like components (HAL) were isolated by 
conventional procedures from various organic wastes including animal manures, a 
municipal solid refuse and a sewage sludge that were composted for 2–3 months 
with the earthworms  E. fetida  or  Lumbricus rubellus  by Hervas et al.  (  1989  ) , 
Landgraf et al.  (  1998  ) , Benítez et al.  (  2000  )  and Anastasi et al.  (  2005  ) . Vermicompost 
HAL containing appreciable amounts of iron and copper inner sphere complexes of 
defi nite chemical and geometrical forms, similar to those found in humid acid from 
soil and other sources, can be considered adequate analogues of soil humic acid with 
respect to their metal complexion properties and behaviour (Sharma et al.  2005  ) . 

 Vermicompost has been proposed as a biosorbent for removing metallic ions such 
as Pb, Ni, Cr and V from wastewaters by Urdaneta et al.  (  2008  ) . They reported it as 
a promising alternative for decontamination taking advantage of the humic and ful-
vic substances interaction with metals. Humic and fulvic substances have a high 
capacity to interact with metal ions and organic and mineral substances, forming 
soluble or non soluble complexes with varied stability and physico–chemical proper-
ties. The involved processes are: mineral dissolution, formation of metal complexes 
soluble in water, formation of metal–ligand complexes soluble in water, adsorption/
desorption processes (solid phase) of metallic ions, adsorption onto external mineral 
surfaces and adsorption onto inter–laminar mineral surfaces (Benedetti and Van 
Rinniburgh  1995 ; Gardea–Torresdey et al.  1996b  ) . The polyvalent metals are strongly 
complexed with humic substances. The content and quality of the organic matter is 
correlated with the capacity to bond metals. Factors that affect the stability of 
the complex thus formed are the oxidation state of the metal, the coordination num-
ber and binding fi eld effects of the ligand. The stability of the complex increases with 
the cation valence which generally diminishes with the ionic radius (Vinkler et al. 
 1976 ; Murray and Liner  1984 ; Pommery et al.  1988  ) . The organic structure of humic 
acid is naturally oxidized, giving it a negative charge and is as shown in Fig.  10.2 . 
Positive ions, attracted to broken bonds at the site of the oxidation, create sites for 
micronutrients to attach on. The oxidized sites on the molecule are normally satu-
rated with potassium, which is readily exchanged for all major micronutrient ions in 
the soil. Table  10.2  presents a summary of studies that have addressed research on 
heavy metals removal/binding from solutions by humic acids.   
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 The following discussions focus on the research advances that have been realized 
when using composts for the removal of some heavy metals. It is brought to the 
notice of the reader that our review of over 2,500 published research papers revealed 
that literature on heavy metals biosorption by compost is relatively scanty but the 
pool of results obtained so far support the suitability of compost as a novel and effi -
cient heavy metals biosorbent. Jordão et al.  (  2002  )  reported that Cu, Zn and Ni reten-
tion by cattle manure vermicompost from electroplating wastes were close to 100%. 
They also reported that it was not necessary to correct the effl uent pH during the 
treatment process to reach the levels recommended by Brazilian legislation for dis-
charge into water courses; whilst Pereira and Arruda  (  2003  )  evaluated the potential 
of vermicompost to adsorb Cd from both synthetic solution and mineral water. For 
cadmium preconcentration procedures, this potential was confi rmed, as high pre–
concentration factors and recoveries were obtained by Pereira and Arruda  (  2003  ) . 
This characteristic is of high analytical interest, as vermicompost is easily available 
at low cost. Related to adsorption behaviour, it is possible to predict that vermicom-
post may adsorb other metallic species as effi ciently as Cd 2+ . This affi rmative was 

  Fig. 10.2    Oxidized humic acid molecule with metal ions  M   n+   (M: Cd, Cr, Cu, Ni, Pb and/or Zn; 
n: 2, 3 or 6) attaching to oxidized binding site (shown with asterisk). Positive ions, attracted to 
broken bonds at the site of the oxidation, create sites for micronutrients and microfl ora to attach. 
Every oxidized humic acid molecule can potentially accommodate upto six metal ions. Courtesy 
of Brian Phelps (  http://www.phelpstek.com/    )       

   Table 10.2     Reported studies on heavy metal ions adsorption by humic acids   

 Heavy metal(s)  Reference 

 Cadmium, lead  Seki and Suzuki  (  1995  )  
 Copper, cadmium, lead  Liu and Gonzalez  (  2000  )  
 Copper, zinc, cobalt, cadmium  Spark et al.  (  1997  )  
 Copper, cadmium  Arias et al.  (  2002  )  
 Lead, zinc, copper  Gao et al.  (  1999  )  
 Arsenic  Thanabalasingam and Pickering  (  1986  )  
 Nickel  Green–Pedersen et al.  (  1997  )  
 Copper, nickel  El–Eswed and Khalili  (  2006  )  
 Nickel, zinc  Dries et al.  (  2005  )  
 Copper, cadmium, lead  Gondar et al.  (  2006  )  
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based by Pereira and Arruda  (  2003  )  on the structural properties of vermicompost, as 
this material demonstrates desirable characteristics (high CEC values), which can be 
applicable to different metals. 

 According to all these characteristics, the use of vermicompost for determination 
of environmental contaminants is feasible; mainly those related to determining the 
results of treatments of effl uents with high initial metal concentrations. For environ-
mental purposes, when complex matrices are considered, an increase in the vermi-
compost mass could be made to compensate possible differences in the adsorption 
properties due to the presence of concomitants. Vermicompost (humic material) 
samples were submitted to characterization by infrared spectroscopy, X–ray dif-
fractometry, thermogravimetric analysis and electron microscopy. In addition, its 
CEC was determined. Pereira and Arruda  (  2003  )  designed factorial experiments in 
order to elucidate the interaction mechanisms between Cd 2+  and the adsorptive sites 
of vermicompost and the maximum adsorptive capacity for cadmium was evaluated 
by a Langmuir isotherm. The characterization revealed that vermicompost exhibited 
high CEC values (72.9 meq per 100 g), high surface area (porous material), chelat-
ing groups and a maximum adsorptive capacity for Cd (38.6 mg/g) at pH 5.0. This 
potential application was exploited in the analysis of synthetic and real (mineral 
water) samples with Cd concentrations of  ca  5  m g/L, requiring a preconcentration 
step. Pereira and Arruda  (  2003  )  noted an enrichment factor of 100, and this was a 
major breakthrough in its own merit. 

 Similarly, Ulmanu et al.  (  2003  )  and Chen et al.  (  2005  )  have investigated the sorp-
tion of Cd ions onto two other types of composts. Ulmanu et al.  (  2003  )  found that 
of all the adsorbents studied, bentonite and compost presented the highest removal 
effi ciencies, reaching 99% for copper when cadmium is also present, for initial 
solution concentrations of up to 100 mg/L, while Chen et al.  (  2005  )  found that the 
maximum uptake estimated with the Langmiur isotherm model were 833.33 mg/g 
for Cd 2+ , 1,000.00 mg/g for Pb 2+  and 44.44 mg/g for Cr 3+ , respectively, when spent 
mushroom compost of  Lentinus edodes  was used as a biosorbent for adsorbing cad-
mium, lead and chromium from solutions under batch conditions. All the results 
showed that vast potential sorption capacity was existed in the biomass (compost) 
for adsorbing these three kinds of metals studied. 

 The effi ciency of the sulphate reducing bacteria–based  in situ  treatment of 
acid mine drainage is often limited by the low degradability of the current carbon 
sources, typically complex plant–derived materials (Gibert et al.  2005  ) . In such 
non–sulphate–reducing conditions, fi eld and laboratory experiences have shown 
that mechanisms other than sulphide precipitation should be considered in the metal 
removal, i.e. metal (oxy)hydroxides precipitation, co–precipitation with these pre-
cipitates, and sorption onto the organic matter. In this respect, Gibert et al.  (  2005  )  
focused their research on the sorption of Zn and Cu sorption on vegetal compost 
and attempted to develop a general and simple model for the prediction of their 
distribution in organic–based passive remediation systems. The model considered 
two kinds of sorption sites and the existence of monodentate and bidentate metal–
binding reactions, and it assumed that only free M 2+  species can sorb onto the com-
post surface. The acid–base properties of the compost were studied by means of 
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potentiometric titrations in order to identify the nature of the involved surface func-
tional groups and their density. The distribution coeffi cient ( K  

D
 ) for both Zn and Cu 

were determined from batch experiments as a function of pH and metal concentra-
tion. The model of Gibert et al.  (  2005  )  yielded the predominant surface complexes 
at the experimental conditions, being  >  SO 

2
 Zn for Zn and  >  SO 

2
 HCu +  and ( >  SO 

2
 H) 

2
 Cu 

for Cu, with log  K  
M

  ( K  
M

  = complexation constant) values of −2.10, 3.36 and 4.65, 
respectively. The results presented by Gibert et al.  (  2005  )  further demonstrated that 
their proposed model provided a very good description of the sorption process of Zn 
and Cu onto the vegetal compost used in their experiments. 

 Still in 2005, Wei et al. used a kitchen waste compost to sorb Cr for various times 
from water containing either Cr(NO 

3
 ) 

3
  or CrO 

3
  in different concentrations. Scanning 

Electron Microscopy results showed that the composts had been partially oxidized 
by Cr 6+  during the sorption experiments while X–ray absorption near edge structure 
simulation suggested that about 54.1–61.0% Cr sorbed on the compost is in form of 
organic Cr 3+  through ionic exchange process with the rest being existent as Cr(NO 

3
 ) 

3
  

in the Cr 3+  sorption case. 
 Some studies have also been conducted to assess the potential of vermicomposts 

to sorb heavy metals and the results have been positive. Carrasquero Durán et al. 
 (  2006  )  have studied the adsorption of Pb 2+  on vermicompost at 11°C, 30°C and 50°C 
by using Langmuir and Freundlich models. The maximum adsorption capacities 
were 116.3, 113.6 and 123.5  m g/g for each temperature, respectively. The differences 
in Fourier Transform Infrared Spectroscopy spectra of vermicompost at pH 3,8 and 
pH 7.0 in the region from 1,800 to 1,300/cm were interpreted on the basis of car-
boxyl acid ionization that reduced band intensity around 1,725/cm producing signals 
at 1,550 and 1,390/cm of carboxylate groups. Similar changes were detected at pH 
3.8 when ionic lead was present suggesting that heavy metal complexation occurred 
throughout a cationic exchange reaction. Jadia and Fulekar  (  2008  )  conduced a green-
house experiment to determine the phytotoxic effect of heavy metals such as Cd, Cu, 
Ni, Pb and Zn on the growth of Sunfl ower ( Helianthus annuus ): on the seed germina-
tion, root/shoot growth and uptake of metals in soil–vermicompost media. The 
selected metals were dosed at various concentrations ranging from 0, 5, 10, 20, 40 
and 50 mg/L separately in soil–vermicompost media (3:1) in pot experiment. The 
seed germination, root and shoot growth were found signifi cantly affected by these 
metals at higher concentration of 40 and 50 mg/L. However, the lower concentration 
of heavy metals ranging from 5 to 20 mg/L doses were observed to be stimulating the 
root and shoot length and increase biomass of the sunfl ower plant. The research 
study of the sunfl ower indicated the heavy metal uptake at the concentrations 5, 10, 
20, 40 and 50 mg/L. Jadia and Fulekar  (  2008  )  concluded that vermicompost could be 
used to remediate metals–contaminated sites because it binds metals and increases 
uptake by providing nutrients such as sodium, magnesium, iron, zinc, manganese 
and copper which serve as a natural fertilizer giving high yield of biomass and micro-
bial consortium helps the overall growth of the sunfl ower plant. 

 Urdaneta et al.  (  2008  )  used vermicompost as adsorbent substrate for removing Pb, 
Ni, V and Cr from wastewaters. In their work, after a preliminary physical and chem-
ical characterization of the vermicompost, the optimal parameters for the heavy metal 
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adsorption were obtained. A synthetic multi elemental solution of Pb, Cr and Ni and 
a solution of NH 

4
 VO 

3
  for vanadium were evaluated. The highest adsorption and 

removal of the metals was observed for a vermicompost mass of 2 g per 500 mL 
using a particle size from 75 to 841  m m for Pb, Cr and Ni, and 841 till 1,192  m m for 
V, and the mean removal for each element was around 95% for Pb. Later, Carrasquero–
Durán and Flores  (  2009  )  evaluated the immobilization of lead ions by a vermicom-
post with calcite added by adsorption isotherms and the results were explained on 
basis of the pH dependent surface charge and by IR spectroscopy. Their results 
showed maximum adsorption values between 113.6 mg/g (33°C) and 123.5 mg/g 
(50°C), and the differences in the IR spectra at pH 3.8 and 7.0 in the region from 
1,800 to 1,300/cm, were interpreted on the basis of the carboxyl acid ionization, that 
reduced the band intensity around 1,725/cm, producing signals at 1,550 and 1,390/
cm of carboxylate groups. Jordão et al.  (  2009  )  studied the adsorption of Zn 2+  from 
both synthetic solution and kaolin industry wastewater by cattle manure vermicom-
post. In synthetic solution, the maximum adsorption capacity of the vermicompost 
for Zn 2+  ions was 20.48 mg g −1  at 25°C when the vermicompost dose was 1 g/10 mL 
and the initial adjusted pH was 2. The batch adsorption studies of Zn 2+  ion vermicom-
post using kaolin wastewater have shown the maximum adsorption capacity was 
2.49 mg/g at pH 2. The small values of the constant related to the energy of adsorp-
tion (from 0.07 to 0.163 L/mg) indicated that Zn 2+  ions were binded strongly to the 
vermicompost. The values of the separation factor,  R  

L
 , which has been used to predict 

affi nity between adsorbate and adsorbent were between 0 and 1, indicating that sorp-
tion was very favourable for Zn 2+  in synthetic solution and kaolin wastewater. 

 Lately, a couple of fresh studies on the use of composts for heavy metals adsorp-
tion have been reported by Kocasoy and Güvener  (  2009  )  and Boni and Sbaffoni 
 (  2009  ) . Kocasoy and Güvener  (  2009  )  determined the retention capacity of compost 
for copper, zinc, nickel and chromium. For this purpose, experiments in batch–
mixing reactors with initial metal concentrations ranging from 100 to 1,000 mg L −1  
were carried out. Kocasoy and Güvener  (  2009  )  observed that compost could repeat-
edly be used in metal sorption processes, and their experiments indicated that com-
post has high retention capacities for copper, zinc and nickel, but not for chromium. 
Thus, compost is a very good potential sorbent for copper, zinc and nickel and may 
fi nd place in industrial applications. In the same strike, solid waste which is another 
source of signifi cant environmental pollution will be reduced by being converted 
into a benefi cial compost (Kocasoy and Güvener  2009  ) . 

 Lastly, Boni and Sbaffoni  (  2009  )  have presented their results of a column reactor 
test, aiming at evaluating the performance of a biological permeable barrier made of 
low–cost waste materials, for Cr 6+  removal from contaminated groundwater. A 1:1 
by volume mixture of green compost and siliceous gravel was tested as reactive 
medium in the experimental activity. A 10 mg/L Cr 6+  contaminated solution was 
used and the residual Cr 6+  concentration along the column height and in the outlet 
was determined in the water samples collected daily. Boni and Sbaffoni  (  2009  )  
noted that the Cr 6+  removal effi ciency was higher than 99% during the entire experi-
mental activity. The infl uence of the biological activity on Cr 6+  removal effi ciency 
was evaluated by varying the organic carbon and nitrogen dosages in the  contaminated 
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solution fed to the system. According to Boni and Sbaffoni  (  2009  ) , the Cr 6+  removal 
was closely linked to the biological activity of the native biomass of compost. Two 
main processes involved were: adsorption on the organic–based matrix and reduc-
tion into Cr 3+  mediated by the anaerobic microbial metabolism of the bacteria resid-
ing in green compost. Boni and Sbaffoni  (  2009  )  concluded that by virtue of the 
proven effi ciency and the low–cost, the reactive medium consisting of compos and 
siliceous gravel represents a suitable alternative to conventional approaches to 
chromium remediation.   

    10.3   Scientifi c Basis of Biosorption 

 Several important aspects of biosorption for heavy metal removal need to be con-
sidered when exploring this emerging bioremediation technique for optimization 
purposes. The underlying principles of biosorption for removal of metal ions, the 
kinetics of mass transfer during the process of biosorption of metal ions, the theory 
and models that can be used to describe the mass transfer process and the thermo-
dynamics of biosorption of heavy metals onto biomass and the models which can 
be used to quantify metal–biomass interactions at equilibrium, all are key knowl-
edge areas in biosorption science which have been hence so far relatively well 
presented, discussed and reviewed in the literature. The following subsections 
make a brief revisit of these key aspects. The following subsections make a brief 
revisit of these key aspects. However, the reader is earnestly directed to more com-
prehensive and extensive reviews by Davis et al.  (  2003  ) , Figueira et al.  (  2000  ) , 
Loukidou et al.  (  2004  ) , Naja and Volesky  (  2006  ) , Vijayaraghavan and Yun  (  2008  )  
and Volesky  (  2001  )  where these scientifi c aspects of biosorption have been excel-
lently reported. 

    10.3.1   Biosorption Experimental Procedures 

 A biosorption process can be performed via several modes (Vijayaraghavan and Yun 
 2008  ) ; of which, batch and continuous modes of operation are frequently employed 
to conduct laboratory scale biosorption processes. Although most industrial applica-
tions prefer a continuous mode of operation, batch experiments have to be used to 
evaluate the required fundamental information, such as biosorbent effi ciency, opti-
mum experimental conditions, biosorption rate and possibility of biomass regenera-
tion. The factors infl uencing bacterial batch biosorption are solution pH, temperature, 
ionic strength, biosorbent dosage, biosorbent size, initial solute concentration and 
agitation rate (Vijayaraghavan and Yun  2008  ) . Of these, the solution pH usually 
plays a major role in biosorption, and seems to affect the solution chemistry of met-
als/dyes and the activity of the functional groups of the biomass. For metals, the pH 
strongly infl uences the speciation and biosorption availability of the metal ions. At 
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higher solution pH, the solubility of metal complexes decreases suffi ciently  allowing 
precipitation, which may complicate the sorption process. The activity of  binding 
sites can also be altered by adjustment of the pH (Vijayaraghavan and Yun  2008  ) . 
Temperature seems to affect biosorption only to a lesser extent within the range from 
20°C to 35°C. Higher temperatures usually enhance sorption due to the increased 
surface activity and kinetic energy of the solute (Vijayaraghavan and Yun  2008  ) ; 
however, physical damage to the biosorbent can be expected at higher temperatures. 
Due to the exothermic nature of some adsorption processes, an increase in tempera-
ture has been found to reduce the biosorption capacity of the biomass. Another 
important parameter in biosorption is the ionic strength, which infl uences the adsorp-
tion of solute to the biomass surface. The effect of ionic strength may be ascribed to 
the competition between ions, changes in the metal activity, or in the properties of 
the electrical double layer. When two phases, e.g. biomass surface and solute in 
aqueous solution are in contact, they are bound to be surrounded by an electrical 
double layer owing to electrostatic interaction. Thus, adsorption decreases with 
increase in ionic strength. 

 The dosage of a biosorbent strongly infl uences the extent of biosorption. In 
many instances, lower biosorbent dosages yield higher uptakes and lower percent-
age removal effi ciencies. An increase in the biomass concentration generally 
increases the amount of solute biosorbed, due to the increased surface area of the 
biosorbent, which in turn increases the number of binding sites. The initial solute 
concentration seems to have impact on biosorption, with a higher concentration 
resulting in a high solute uptake (Vijayaraghavan and Yun  2008  ) . This is because at 
lower initial solute concentrations, the ratio of the initial moles of solute to the 
available surface area is low; subsequently, the fractional sorption becomes inde-
pendent of the initial concentration. However, at higher concentrations, the sites 
available for sorption become fewer compared to the moles of solute present and; 
hence, the removal of solute is strongly dependent upon the initial solute concentra-
tion. With appropriate agitation, mass transfer resistance can be minimized. When 
increasing the agitation rate, the diffusion rate of a solute from the bulk liquid to the 
liquid boundary layer surrounding particles becomes higher due to the enhanced 
turbulence and the decrease in the thickness of the liquid boundary layer. Hence, at 
higher agitation rates, the boundary layer becomes very thin, which usually enhances 
the rate at which a solute diffuse through the boundary layer (Vijayaraghavan and 
Yun  2008  ) .  

    10.3.2   Batch Data Modeling and Isotherms 

 Biosorption modeling can be performed in two general ways: empirical or mecha-
nistic equations, which are able to explain, represent and predict the experimental 
behaviour (Vijayaraghavan and Yun  2008  ) . The quality of a biosorbent is judged by 
how much sorbate it can attract and retain in an immobilized form. The solute uptake 
by a biosorbent can be calculated from the differences between the initial quantities 
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of solute added to that contained in the supernatant, which is achieved using the 
following Eq.  10.1 .

     

0 0 f fV C V C
Q

M

-
=

   
(10.1)

  

where  Q  is the solute uptake (mg/g);  C  
 0 
  and  C  

 f 
  the initial and equilibrium solute 

concentrations in solution (mg/L), respectively;  V  
 0 
  and  V  

 f 
  the initial and fi nal solu-

tion volumes (L), respectively; and  M  the mass of biosorbent (g). The sorption 
uptake can be expressed in different units depending on the purpose of the exercise: 
for example, milligrams of solute sorbed per gramof the (dry) biosorbentmaterial 
(the basis for engineering process–mass balance calculations), or mmol/g (when the 
stoichiometry and/or mechanism are to be considered) (Vijayaraghavan and Yun 
 2008  ) . A biosorption isotherm, the plot of uptake ( Q ) versus the equilibrium solute 
concentration in the solution ( C  

 f 
 ), is often used to evaluate the sorption performance. 

Isotherm curves can be evaluated by varying the initial solute concentrations, while 
fi xing the environmental parameters, such as pH, temperature and ionic strength. In 
general, the uptake increases with increase in concentration, and will reach satura-
tion at higher concentrations. In most biosorption studies, pH seems to be an impor-
tant parameter for the evaluation of an isotherm (Vijayaraghavan and Yun  2008  ) .  

    10.3.3   Empirical Modeling and Isotherms 

 Empirical models are simple mathematical relationships, characterized by a limited 
number of adjustable parameters, which give a good description of the experimental 
behavior over a large range of operating conditions. Some frequently employed and 
well established empirical models involve two, three or even four parameters to 
model the isotherm data (Vijayaraghavan and Yun  2008  ) . Although these conven-
tional empirical models do not refl ect the mechanisms of sorbate uptake, they are 
capable of refl ecting the experimental curves. Also, in most cases, the assumptions 
from which these models were derived are not valid for biosorption. Despite this, 
conventional adsorption isotherm models are used with a high rate of success for 
replicating biosorption isotherm curves. Within the literature, the Langmuir and 
Freundlich models (two–parameter models) have been used to describe biosorption 
isotherm. The models are simple, well–established and have physical meaning and 
are easily interpretable, which are some of the important reasons for their frequent 
and extensive use (Vijayaraghavan and Yun  2008  ) . 

 Some other two–parameter models widely used for describing biosorption 
isotherms include the Temkin isotherm, the Dubinin–Radushkevich model, the 
Redlich–Peterson model, the Sips model, the Khan model, the Radke–Prausnitz 
model and the Toth model. Of these three–parameter models, the Redlich–Peterson 
and Sips models have been used with most success. 

 The Langmuir model (Eq.  10.2 ) incorporates two easily interpretable con-
stants:  Q  

 max 
 , which corresponds to the maximum achievable uptake by a system; 
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and  b  
 L 
 , which is related to the affi nity between the sorbate and sorbent. The 

Langmuir  constant “ Q  
 max 

 ” is often used to compare the performance of biosor-
bents; while the other constant “ b  

 L 
 ” characterizes the initial slope of the isotherm. 

Thus, for a good biosorbent, a high  Q  
 max 

  and a steep initial isotherm slope (i.e., 
high  b  

 L 
 ) are generally desirable. A typical Langmuir adsorption isotherm is shown 

in Fig.  10.3 . The Freundlich isotherm (Eq.  10.3 ) was originally empirical in 
nature, but was later interpreted as the sorption to heterogeneous surfaces or sur-
faces supporting sites with various affi nities. It is assumed that the stronger bind-
ing sites are initially occupied, with the binding strength decreasing with increasing 
degree of site occupation. It incorporates two constants:  K  

 F 
 , which corresponds to 

the binding capacity; and  n  
 F 
 , which characterize the affi nity between the sorbent 

and sorbate. 

     

max

1
L f

L f

Q b C
Q

b C
=

+
   

(10.2)
  

     

1

Fn
F fQ K C=

   (10.3)   

 Equations  10.4 – 10.10  depict the Temkin, Dubnin–Radushkevich, Redlich–Peterson, 
Sips, Khan, Radke–Prausnitz and Toth isotherms. More details of these models may 
be obtained from Vijayaraghavan and Yun  (  2008  ) .  b  

 Te 
  is the Temkin constant related 

to the heat of sorption;  a  
 Te 

  the Temkin isotherm constant;  R  the gas constant (8.314 J/
mol.K);  T  the absolute temperature;  Q  

 D 
  the Dubinin–Radushkevich model uptake 

capacity and  B  
 D 
  the Dubinin–Radushkevich model constant.
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  K  
 RP 

  is the Redlich–Peterson model isotherm constant,  a  
 RP 

  the Redlich–Peterson 
model constant;   b   

 RP 
  the Redlich–Peterson model exponent;  K  

 S 
  the Sips model iso-

therm constant;  a  
 S 
  the Sips model constant;   b   

 S 
  the Sips model exponent;  b  

 K 
  the Khan 

model constant;  a  
 K 
  the Khan model exponent;  a  

 R 
  and  r  

 R 
  are Radke–Prausnitz model 

constants;   b   
 R 
  the Radke–Prausnitz model exponent;  b  

 T 
  the Toth model constant and 

 n  
 T 
  the Toth model exponent.  

    10.3.4   Mechanistic Models 

 Mechanistic models have been proposed to describe solute adsorption onto the sur-
faces of biomass. The development of a mechanistic model is usually based on pre-
liminary biomass characterization, with the formulation of a set of hypothesized 
reactions between the sorbent sites and solutes, which also considers the particular 

  Fig. 10.3     Biosorption–Langmuir isotherm relationship curves showing signifi cance of  b  
 L 
  with respect 

to  Q  
 max 

 .  b  
 L 
  indicates the initial rise in slope and hence gives a very good indication of the sorbent affi n-

ity for the adsorbate. A steeper slope indicates a higher affi nity of a sorbent for an adsorbate when 
several adsorption systems are being compared. Adapted from Volesky and Schiewer  (  1999  )        
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solution chemistry of the solutes. Mechanistic models can often be characterized by 
the different degrees of complexity or accuracy in a system description to account 
for the surface heterogeneity and other factors that contribute to non–ideal adsorp-
tion phenomena. Mechanistic modeling of biosorption has been attempted in several 
investigations, with signifi cant success.  

    10.3.5   Kinetic Modeling 

 Mathematical models that can describe the behaviour of a batch biosorption process 
operated under different experimental conditions are very useful for scale up studies 
or process optimization (Loukidou et al.  2004  ) . A number of models with varying 
degrees of complexicity have been developed to describe the kinetics of metal bio-
sorption in batch systems. According to the kinetic model selection criteria, several 
reaction–based and diffusion–based models were tested for the simulation of the 
obtained experimental data. The fi nally selected kinetic models will be those, which 
not only fi t closely the data, but also represent reasonable sorption mechanisms 
(Loukidou et al.  2004  ) . 

 Over 20 models have been reported in the literature, all of which have attempted 
to quantitatively describe the kinetic behavior during the adsorption process. Each 
adsorption kinetic model has its own limitations, which are derived according to 
specifi c experimental and theoretical assumptions. Even though they violate the 
fundamental assumptions, many adsorption models have been used to successfully 
test experimental biosorption data. Of these, pseudo–fi rst and pseudo–second order 
models (Eqs.  10.11  and  10.12 , respectively) have often been used to describe bio-
sorption kinetic data.

     
( )11 k t

t eQ Q e-= -
   (10.11)  

     2
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1
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Q Q
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æ
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+
ö

ç ÷è ø
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where  Q  
 e 
  is the amount of solute sorbed at equilibrium (mg/g);  Q  

 t 
  the amount of 

solute sorbed at time  t  (mg/g);  k  
 1 
  the fi rst order equilibrium rate constant (min −1 ) and 

 k  
 2 
  the second order equilibrium rate constant (g/mg min). In most published cases 

involving biosorption, the pseudo–fi rst order equation was found to not fi t well over 
the entire contact time range, but was generally applicable over the initial periods of 
the sorption process.  

    10.3.6   Main Mechanisms of Metal Biosorption 

 Different metal–binding mechanisms have been postulated to be active in biosorp-
tion metal uptake such as chemisorption by ion–exchange, complexation, coordina-
tion, chelation; physical adsorption and microprecipitation (Volesky  2001  ) . There 
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are also possible oxidation–reduction reactions taking place in the biosorbent. Due 
to the complexity of biomaterials and biosorbents, it is also plausible that at least 
some of these mechanisms are acting simultaneously to varying extents depending 
on the biosorbent composition, surface properties and functional chemical groups, 
and the solution environment (Volesky  2001  ) . Biomass materials offer several 
molecular groups that are known to offer ion exchange sites, carboxyl, sulphate, 
phosphate, and amine, could be the main ones (Volesky  2001  ) . 

 Ion–exchange is an important concept in biosorption, because it explains many 
of the observations made during heavy metal uptake experiments (Davis et al.  2003  ) . 
It should be pointed out that the term ion–exchange does not explicitly identify the 
binding mechanism, rather it is used here as an umbrella term to describe the experi-
mental observations (Davis et al.  2003  ) . The precise binding mechanism(s) may 
range from physical (i.e. electrostatic or London–van der Waals forces) to chemical 
binding (i.e. ionic and covalent). The term sorption would refer to binding of a metal 
cation to a free site as opposed to one that was previously occupied by another cat-
ion. It is distinct from adsorption that defi nes binding in terms of a physical rather 
than chemical surface phenomenon. In the case of biosorption of heavy metals by 
biomass, the mechanisms can be viewed, in principle, as being extracellular, or 
occurring discretely at the cell wall. Intracellular sorption would normally imply 
bioaccumulation by a viable organism (Davis et al.  2003  ) .   

    10.4   Heavy Metals Toxicity 

 The term heavy metals refers to metals and metalloids having densities greater than 
5 g cm −3  and is usually associated with pollution and toxicity although some of these 
elements (essential metals) are required by organisms at low concentrations (Adriano 
 2001  ) . Heavy metals toxicity and the danger of their bioaccumulation in the food 
chain represent one of the major environmental and health problems of our modern 
society. Primary sources of pollution is from the burning of fossil fuels, mining and 
melting of metallic ferrous ores, municipal wastes, fertilizers, pesticides, and sew-
age sludge (Peng et al.  2006  ) . The most common heavy metals contaminants are: 
cadmium (Cd), chromium (Cr), copper (Cu), lead (Pb), nickel (Ni) and zinc (Zn). 

 Metal–bearing effl uents generally emanate from metallurgical industries, elec-
troplating and metal fi nishing industries and hazardous waste sites (Elouear et al. 
 2008  ) . For example, cadmium (Cd 2+ ) is a non–essential and a non–biodegradable 
metal ion which slowly accumulates in the body of living creatures, usually through 
food chain (Srivastava et al.  2006  ) . Nickel (Ni 2+ ) is also toxic, especially to activated 
sludge bacteria. The presence of Ni 2+  has been reported to be detrimental to the 
operation of anaerobic digesters used in wastewater treatment plants (Patterson 
 1977  ) . Cd 2+  and Ni 2+  ions are frequently encountered together in industrial wastewa-
ters. Hence, it is essential to removal Cd and Ni from industrial wastewaters before 
transport and cycling into the nature environment. The soil has been traditionally 
the site for disposal for most of the heavy metals wastes which need to be treated 
(Aboulroos et al.  2006  ) . 
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 Unlike organic compounds, metals cannot be degraded, and their cleanup requires 
their immobilization and toxicity reduction or removal. In recent years, scientists 
and engineers have started to generate cost effective technologies which includes use 
of microorganisms/ biomass or live plants for cleaning of polluted areas (Kuzovkina 
et al.  2004  ) . The fate of toxic metallic cations in the soil environment depends 
largely on the interactions of these metals with inorganic and organic surfaces. The 
extent to which a metallic cation interacts with these surfaces determines the con-
centration of metal in solution and, consequently, the potential for movement into 
groundwater or uptake by plants. A considerable amount of literature is available on 
adsorption or complexation of various heavy metals by soils (Mullen et al.  1989  ) . 
Table  10.3  summarizes some of the studies conducted to assess the complexation of 
heavy metals by different soils.  

    10.4.1   Cadmium 

 Cadmium (Cd) is one of the most toxic heavy metals and is considered non–essential 
for living organisms. Cadmium has been recognized for its negative effect on the 
environment where it accumulates throughout the food chain posing a serious threat 
to human health. Cadmium pollution has induced extremely severe effects on plants 
(Baszynski  1986  ) . Cadmium , which is widely used and extremely toxic in rela-
tively low dosages, is one of the principal heavy metals responsible for causing 
kidney damage, renal disorder, high blood pressure, bone fraction and destruction 
of red blood cells (Drasch  1993  ) . Because of the toxicity and bioaccumulation, Cd 2+  
has been considered as a priority pollutant by the US Environmental Protection 
Agency (Krishnan and Anirudhan  2003  ) . The permissible limit for Cd 2+  as described 
by World Health Organization is 0.01 mg dm −3 . The main anthropogenic pathway 
through which Cd 2+  enters the water bodies is via wastes and wastewaters from 
industrial processes such as electroplating, plastic manufacturing, metallurgical 
processes and industries of pigments and Cd/Ni batteries (Cheremisinoff  1995  ) . 

 Since the 1970s, at least 200 ha of farm–land has been polluted by the cadmium 
(Lu et al.  2007  ) . Consequently, the Cd pollution has led to contaminate the rice pro-
duction and caused acute social panic. According to the recent investigation results 
performed by the Taiwan Environmental Protection Administration (TEPA), it is 
indicated that most of the Cd pollution incidents in Taiwan resulted from the waste-
water discharge of stearate Cd factories. To prevent and control the Cd pollution 
incidents from spreading, the TEPA has either forced these factories to close down 
or assisted them in improving their production processes since the 1980s (Lu et al. 
 2007  ) . Unfortunately, accidental incidents of Cd pollution have still emerged in an 
endless stream, despite the strict governmental controls placed on these questionable 
factories. Besides its high toxicity, there is some evidence that cadmium is carcino-
genic (Hiatt and Huff  1975  ) . When ingested by human beings, cadmium that is not 
excreted immediately has a long half–life of several hundred days, so that a low dose 
exposure over a long period of time can lead to a high body burden (Lin et al.  2005  ) . 
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In view of its persistence as a cumulative poison and the low tolerance of the human 
body towards cadmium, it is of interest to develop schemes for its removal. For 
example, the immobilization and remobilization of Cd(II) by ferrihydrite, and the 
effect of Cd 2+  on the conversion of ferrihydrite to goethite and hematite has been 
reported previously (Lin et al.  2003 ; Sun et al.  1996  ) . 

 Cadmium exists in wastewater in many forms including soluble, insoluble, inor-
ganic, metal organic, reduced, oxidized, free metal, precipitated, adsorbed and 
complexed forms. Treatment processes for cadmium removal must be selected to 
remove the existing form, or the cadmium must be converted to a suitable form 
compatible with the removal process. Several studies have been conducted to 
remove cadmium from contaminated aqueous media by various techniques like 
fi ltration, chemical precipitation and complexation, adsorption onto activated car-
bon, fl oatation and ion exchange. Since the past couple of decades, cadmium 
removal by biosorption has gained momentum. Many of the studies conducted in 
this fi eld have unanimously concluded on the promise of this novel technique in 
being effi cient for the treatment of Cd 2+  bearing wastewater streams. Table  10.4  
presents a digest of some selected studies on the adsorption performance of Cd/
Cd 2+  biosorbents.   

   Table 10.4    Biosorbents used for cadmium removal from wastewaters   

 Biosorbent(s)  Biosorption performance  Reference 

 Fungal biomass obtained 
from cultivation using 
starch wastewater as 
a substrate 

 Biosorption capacities of the pretreated 
fungal biomass of  R. oryzae ,  
R. oligosporus ,  A. oryzae  and  R. arrhizus  
were up to 0.28, 0.35, 0.40 and 0.56 mmol 
Cd 2+ /g (dry weight), respectively 

 Yin et al.  (  1999  )  

 Biomass of nonliving, 
dried brown marine 
algae  Sargassum 
natans, Fucus 
vesiculosus , and 
 Ascophyllum nodosum  

 Biomass of  A. nodosum  accumulated the 
highest amount of cadmium exceeding 
100 mg Cd 2+ /g (at the residual 
concentration of 100 mg Cd/L and 
pH 3.5) 

 Holan et al.  (  1993  )  

 Black gram husk 
( Cicer arientinum ) 

 With 99.99% sorption effi ciency from 
10 mg/L cadmium solution, the biomass 
required at saturation was 0.8 g/mg 
cadmium. Biosorption was rapid and 
equilibrium was achieved in 30 min 

 Saeed and Iqbal 
 (  2003  )  

 Rice polish agricultural 
waste 

 The maximum removal of Cd 2+  was found to 
be 9.72 mg/g at pH 8.6, initial Cd 2+  
concentration of 125 mg/L (20°C) 

 Singh et al.  (  2005  )  

 Orange wastes from 
orange juice 
production processes 

 Adsorption process was quick and the 
equilibrium was attained within 3 h. The 
maximum adsorption capacity of orange 
waste was found to be 0.40, 0.41 and 
0.43 mmol/g at pH 4–6, respectively 

 Pérez–Marín et al. 
 (  2007  )  

(continued)
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    10.4.2   Chromium 

 One of the most important chemical contaminants of concern is chromium (Cr), 
which exists in a series of oxidation states from −2 to +6 valence; the most important 
stable states are 0 (element metal), +3 (trivalent) and +6 (hexavalent). Cr 3+  and Cr 6+  
are released to the environment primary from stationary point sources resulting from 
human activities. Contamination of groundwater by Cr at numerous localities primar-
ily resulted from uncontrolled or accidental release of Cr–bearing solutions, used in 
various industrial applications (metallurgical, chemical, leather tanning, wood pro-
cessing, textile and refractory), into the subsurface environment. Cr in such solutions 
mostly occurs as oxyacids and oxyanions of Cr 6+  (Mukhopadhyay et al.  2007 ; Xu and 
Zhao  2007  ) . It is this oxidation state in which Cr is highly soluble, mobile and toxic. 

Table 10.4 (continued)
 Biosorbent(s)  Biosorption performance  Reference 

 Shelled  Moringa oleifera  
Lam. seed powder 

 Sorption studies resulted in the standardiza-
tion of optimum conditions for removal of 
Cd (85.10%) as follows: biomass dosage 
(4.0 g), metal concentration (25  m g/mL), 
contact time (40 min) and volume of the 
test solution (200 mL) at pH 6.5. 

 Sharma et al.  (  2006  )  

 Pretreated rice husk 
(RRH) 

 Simple and low–cost chemical modifi cations 
resulted in increasing the sorption 
capacity of RRH from 8.58 mg/g to 11.12, 
20.24, 16.18 mg/g and reducing the 
equilibrium time from 10 h of RRH to 2, 4 
and 1 h for epichlorohydrin treated rice 
husk (ERH), NaOH treated rice husk 
(NRH), sodium bicarbonate treated rice 
husk (NCRH), respectively 

 Kumar and 
Bandyopadhyay 
 (  2006  )  

 Wheat bran  Maximum removal of Cd 2+  was found to be 
87.15% at pH 8.6, initial Cd(II) concen-
tration of 12.5 mg/L (20 °C) 

 Singh et al.  (  2006  )  

 Agricultural residues viz. 
sugarcane bagasse 
(SCB), maize corncob 
(MCC) and Jatropha 
oil cake (JOC) 

 Maximum adsorption of Cd 2+  metal ions was 
observed at pH 6 for all the adsorbents 
viz; 99.5%, 99% and 85% for JOC, MCC, 
and SCB, 

 Garg et al.  (  2008  )  

 Ethanol treated waste 
baker’s yeast biomass 

 Highest metal uptake of 15.63 mg Cd 2+ /g  Göksungur et al. 
 (  2005  )  

 Grape stalk waste (a 
by–product of wine 
production) 

 Maximum sorption at initial pH 5.5: 
0.248 mmol Cd 2+  /g 

 Martínez et al. 
 (  2006  )  

 Husk of  Lathyrus sativus  
(HLS) 

 95% removal of Cd 2+  with > 90% of the total 
adsorption taking place within the fi rst 
5 min 

 Panda et al.  (  2006  )  

 Red algae ( Ceramium 
virgatum ) 

 Biosorption capacity for Cd 2+  ions was 
39.7 mg/g 

 Sarı and Tuzen 
 (  2008  )  
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 Cr 3+  is an essential dietary mineral in low doses: it is required to potentiate insulin 
and for normal glucose metabolism. Biocidal properties of chromium salts to aquatic 
organisms are modifi ed, sometimes by an order of magnitude or more, by a variety 
of biological and abiotic factors. These include the species, age, and developmental 
stage of the organism; the temperature, pH, salinity, and alkalinity of the medium; 
interaction effects of Cr with other contaminants; duration of exposure; and chemical 
form of Cr tested. For hexavalent chromium, LC 

50
  (96 h) values for sensitive fresh-

water and marine species were between 445 and 2,000  m g/L. The LC 
50

  value is the 
concentration of a material in air that will kill 50% of the test subjects (animals, typi-
cally mice or rats) when administered as a single exposure. Also called the median 
lethal concentration and lethal concentration 50, the LC 

50
  value gives an indication 

of the relative acute toxicity of an inhalable material. For trivalent chromium, LC 
50

  
(96 h) concentrations were 2,000–3,200  m g/L for sensitive freshwater organisms and 
3,300–7,500  m g/Lfor marine biota. Among warm–blooded organisms, hexavalent 
chromium was fatal to dogs in 3 months at 100 mg/L in their food and killed most 
mammalian experimental animals at injected doses of 1–5 mg Cr/kg body weight, 
but had no measurable effect on chickens at dietary levels of 100 mg/L over a 32–day 
period. Trivalent chromium compounds were generally less toxic than hexavalent 
chromium compounds, but signifi cant differences may occur in uptake of anionic 
and cationic Cr 3+  species, and this difference may affect survival. 

 Acute and chronic adverse effects of chromium to warm–blooded organisms are 
caused mainly by Cr 6+  compounds; there is little conclusive evidence of toxic effects 
caused by Cr 2+  or Cr 3+  compounds (Langard and Norseth 1979 ) . Most investigators 
agree that chromium in biological materials is probably always in the trivalent state, 
that greatest exposures of Cr 3+  in the general human population are through the diet 
(but no adverse effects have been reported from such exposures), and that no organic 
trivalent chromium complexes of toxicological importance have been described. 
Studies with guinea pigs fed Cr 3+  for 21 weeks at concentrations up to 50 mg/L 
dietary Cr 3+  showed no adverse effects. Domestic cats were apparently unaffected 
after exposure to aerosol levels of 80–115 mg Cr 3+  /m 3  for 1 h daily for 4 months, or 
after consuming diets with high amounts of chromic (Cr 3+ ) salts over a similar 
period (Langard and Norseth 1979 ) . 

 Under laboratory conditions, chromium is mutagenic, carcinogenic, and terato-
genic to a wide variety of organisms, and Cr 6+  has the greatest biological activity. 
However, information is lacking on the biological activities of water soluble Cr 3+  
compounds, organochromium compounds, and their ionic states. Aquatic plants and 
marine polychaete worms appear to be the most sensitive groups tested. In expo-
sures to Cr 6+ , growth of algae was inhibited at 10.0  m g/L, and reproduction of worms 
at 12.5  m g/L. At higher concentrations, Cr 6+  is associated with abnormal enzyme 
activities, altered blood chemistry, lowered resistance to pathogenic organisms, 
behavioural modifi cations, disrupted feeding, histopathology, osmoregulatory upset, 
alterations in population structure and species diversity indices, and inhibition of 
photosynthesis. Not all sublethal effects observed were permanent, but the potential 
for acclimatization of organisms to Cr is not well documented. The great variability 
among species and tissues in the accumulation or concentration of Cr is attributed 
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partly to the route of administration, partly to the concentration of Cr and its chemi-
cal species, and partly to numerous biotic and physicochemical modifi ers. High 
accumulations of Cr have been recorded among organisms from the lower trophic 
levels, but there is little evidence of biomagnifi cation through food chains. Marine 
bivalve molluscs, for example, accumulated measurable concentrations at ambient 
water concentrations of 5.0  m g/L of Cr 6+ , but the signifi cance of Cr residues in mol-
luscs and other organisms is not well understood. 

 Chromium is causally associated with mutations and malignancy (   Leonard and 
Lauwerys  1980 ; Norseth  1981  ) . Under appropriate conditions, Cr is a human and 
animal carcinogenic agent; its biological effects depend on chemical form, solubility, 
and valence. In general, Cr 6+  compounds are hazardous to animals, whereas metallic 
Cr and Cr 3+  are essentially nontoxic (Gale  1978  ) ; however, exposure to water solubi-
lized Cr 3+  has caused cancers and dermatitis in workers, and toxicity in rabbits 
(Hatherill  1981  ) . In the chromate producing industry workers who developed respira-
tory cancer had been exposed to 30–1,100  m g/m 3  Cr in air for periods of 4–24 years, 
and workers producing chromate pigment who developed respiratory cancer had been 
subjected to an estimated Cr 6+  exposure of 500–1,500  m g/m 3  for 6–9 years. Carcinogens 
released in the chromate manufacturing process have not yet been identifi ed (Post and 
Campbell  1980  ) . Levels as low as 10  m g/m 3  of Cr 6+  in air produced strong irritation in 
nasal membranes, even after short exposures. In some persons whose lower respira-
tory tissues became Cr–sensitized, asthmatic attacks occurred at levels of Cr 6+  as low 
as 2.5  m g/m 3  (Steven et al.  1976  ) . There is no evidence of Cr sensitization in mammals 
other than humans. In the only animal study demonstrating a carcinogenic effect of an 
inhaled chromate, adenocarcinomas were reported in the bronchial tree of mice 
exposed throughout life to CaCrO 

4
  dust at 13 mg/m (4,330  m g Cr 6+ /m 3 ) for 35 h 

weekly (Langard and Norseth 1979 ) . Trivalent Cr compounds did not produce respi-
ratory cancers (Steven et al.  1976  ) . In rabbits, both Cr 3+  and Cr 6+ , given 1.7 mg/kg 
body weight daily for 6 weeks, adversely affected blood and serum chemistry, and 
both produced signifi cant morphological changes in liver (Tandon et al.  1978  ) ; simi-
lar results were observed in rats (Laj et al.  1984  ) . Although damage effects and resi-
due accumulations were greater in rabbits treated with Cr 6+ , water soluble Cr 3+  
compounds also may have signifi cant biological activity (Tandon et al.  1978  ) . 

 Hexavalent chromium is present in the effl uents produced during the electroplat-
ing, leather tanning, cement, mining, dyeing and fertilizer and photography indus-
tries and causes severe environmental and public health problems (Demirbas et al. 
 2004  ) . Its concentrations in industrial wastewaters range from 0.5 to 270 mg/L and 
the tolerance limit for Cr 6+  for discharge into inland surface waters is 0.1 mg/L and 
in potable water is 0.05 mg/L (EPA  1990  ) . In order to comply with this limit, it is 
essential that industries treat their effl uents to reduce the Cr 6+  to acceptable levels. 
Cr 6+  is frequently used in plating process that can discharge wastewater with a con-
centration as high as 100 g Cr/L. At present the frequently used technology for 
treating wastewater that contains Cr 6+  is to chemically reduce Cr 6+  to Cr 3+  with 
NaHSO 

3
 , Fe 2+  compounds, SO 

2
 ,and others, followed by pH adjustment with hydrox-

ides of alkaline or alkaline earth metal to pH 10–12 to form Cr(OH) 
3
  suspended 

particulates. The particulates are subsequently agglomerated and precipitated with 
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introduced agglomerating chemicals. The main shortcomings of this technology are 
the requirement of a lot of costly chemicals and the generation of vast sludge to be 
disposed of. 

 A potential alternative to remove heavy metals from wastewater is to use naturally–
occurring humic substances as sorbent due to their richness in organic func-
tional groups such as carboxylic acid, and others. Chromium can be removed from 
water with both aquatic plants and dead biomasses, or humic substances. Vegetable–
based waste materials have been used as natural adsorbent for Cr 6+ : coirpith (Sumathi 
et al.  2005  ) , sawdust (Acar and Malkoc  2004  ) , rice husk and rice husk carbon 
(Bishnoi et al.  2004  ) , hazelnut shell carbon (Kobya  2004  )  and debris of aquatic 
plants (Hu et al.  2003  ) . Batch tests on gravel, compost, sterilized compost and mix-
ture of gravel + compost formerly carried out by the authors proved that the gravel 
contribution to the Cr 6+  removal is quite negligible. Besides, the removal observed 
was predominantly due to the biomass activity, which converted Cr 6+  into Cr 3+  under 
a stable form, such as Cr(OH) 

3
 . The Freundlich isotherm has been particularly used 

to model the data of chromium sorption by the kitchen waste compost. It results in 
the following “ K ” values: 0.261 g Cr 3+ /kg and 0.105 g Cr 6+ /kg. The “ n ” is 1.56 in the 
Cr 3+  sorption and 1.35 in the Cr 6+  sorption. The “ K ” values indicate that the capacity 
of kitchen waste compost for sorbing Cr 3+  is greater than that for sorbing Cr 6+ . Both 
“n” values in this study are greater than unity, therefore sorption of Cr 3+  and Cr 6+ is 
favorable. In addition, the sorption affi nities to Cr 3+  and to Cr 6+  are similar. X–ray 
absorption near–edge structure spectroscopic simulation has indicated that the Cr 
species distribution is estimated to be about: 54.1–61.0% Cr 

3
 (OH) 

2
  (OOCCH 

3
 )7 + 

39.0–45.9% Cr(NO 
3
 ) 

3
  in all compost samples sorbing Cr from Cr 3+  solutions; and 

54.5–69.0% Cr 
3
 (OH) 

2
 (OOCCH 

3
 ) 

7
  + 18.0–24.9% Cr(OH) 

3
  + 6.1–28.5% CrO 

3
  in the 

samples from Cr 6+ solutions. No Cr(OH) 
3
  is expected in the Cr(NO 

3
 ) 

3
 –sorbing compost 

samples due to the low solution pH. In contrast, the solution pH after the CrO 
3
 –sorption 

experiments is always greater than 5.9, that confi rms the formation of Cr(OH) 
3
  pre-

cipitate on the compost after the chemical reduction of Cr 6+  to Cr 3+  by the compost. 
 As a corollary, compost derived from cellulosic materials or kitchen wastes is 

effective as a biosorbent in removing Cr from water (   Wei et al.  2005  ) . Over the past 
years, various materials have been used by several researchers to remove chromium 
and results have been also very encouraging. The trend has now been set for adsorp-
tion of Cr using low cost biometarials. Table  10.5  summarizes the use, testing and 
removal performance of some biomaterials and biosorbents for the removal of chro-
mium species from chromium–laden waters.   

    10.4.3   Copper 

 Copper, one of the most widely used heavy metals, is mainly employed in electri-
cal and electroplating industries, and in larger amounts is extremely toxic to living 
organisms. The presence of copper (II) ions cause serious toxicological concerns, 
it is usually known to deposit in brain, skin, liver, pancreas and myocardium 
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   Table 10.5    Biosorbents used for chromium removal from Cr–laden aqueous media   

 Biosorbent(s)  Biosorption performance  Reference 

 Green algae  spirogyra  
species 

 Maximum removal of Cr 6+  was around 
14.7 × 10 3  mg metal/kg of dry weight biomass 
at a pH of 2.0 in 120 min with 5 mg/L of 
initial concentration 

 Gupta et al.  (  2001  )  

  Neurospora crassa  
fungal biomass 

 Biosorption capacity of acetic acid pretreated 
biomass was found to be 15.85 ± 0.94 mg/g 
biomass under optimum conditions. The 
adsorption constants were found from the 
Freundlich isotherm model at 25°C. 
The biosorbent was regenerated using 
10 mM NaOH solution with up to 95% 
recovery and reused fi ve times in 
biosorption–desorption cycles successively 

 Tunali et al. 
 (  2005  )  

 Composite chitosan 
biosorbent 
prepared by 
coating chitosan, 
a glucosamine 
biopolymer, onto 
ceramic alumina 

 Experimental equilibrium data to Langmuir 
and Freundlich adsorption isotherms and 
ultimate capacity obtained from the Langmuir 
model was 153.85 mg Cr 6+ /g chitosan 

 Boddu et al. 
 (  2003  )  

 Mucilaginous seeds of 
 Ocimum basilicum  

 Seeds boiled in water were found to be superior in 
terms of mechanical stability and exhibited 
fairly optimal Cr 6+  uptake kinetics. Maximum 
adsorption capacity from Langmuir isotherm 
was 205 mg Cr/g dry seeds 

 Melo and D’Souza 
 (  2004  )  

  Eichhornia crassipes   Freundlich isotherm was found to represent the 
measured sorption data well. Fourier transform 
infrared spectrometry showed that the 
hydroxyl group was the chromium–binding 
site within pH range (pH 1–5) where 
chromium does not precipitate. Results 
indicated that the biomass of  E. Crassipes  is 
suitable for development of effi cient 
biosorbent for the removal of chromium from 
wastewater of chemical and allied process 
industries 

 Mohanty et al. 
 (  2006  )  

  Sargassum  sp. algae  Capacity of removal obtained at optimum 
conditions was 19.06 mg of metal/g biosorbent 

 Vieira et al.  (  2008  )  

 Palm fl ower ( Borassus 
aethiopum ) 

 For Cr 3+ , maximum adsorption capacity was 
6.24 mg/g by raw adsorbent and 1.41 mg/g by 
acid treated adsorbent. For Cr 6+ , raw adsorbent 
exhibited a maximum adsorption capacity of 
4.9 mg/g, whereas the maximum adsorption 
capacity for acid treated adsorbent was 
7.13 mg/g. There was a signifi cant difference 
in the concentrations of Cr 6+  and total 
chromium removed by 
palm fl ower 

 Elangovan et al. 
 (  2008  )  

(continued)
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Table 10.5 (continued)
 Biosorbent(s)  Biosorption performance  Reference 

 Eggshells  Crushed eggshells possess relatively high sorption 
capacity, when comparing with other sorbents 
that was evaluated as 21–160 mg/g. Eggshells 
were able to remove the concentration of Cr 3+  
ions below the acceptable level, i.e. at 40°C, at 
the initial concentration of metal ions 100 mg/
kg, at sorbent concentration 15 g/L 

 Chojnacka  (  2005  )  

 Shells of Walnut 
(WNS)  (Juglans 
regia) , Hazelnut 
(HNS)  (Corylus 
avellana)  and 
Almond (AS) 
 (Prunus dulcis)  

 Langmuir isotherm with maximum Cr 6+ ion 
sorption capacities of 8.01, 8.28, and 3.40 mg 
g –1  for WNS, HNS and AS, respectively. 
Percentage removal by WNS, HNS and AS 
was 85.32%, 88.46% and 55.00%, respectively 
at a concentration of 0.5 mmol/L 

 Pehlivan and 
Altun  (  2008  )  

  Cassia fi stula  
biomass 

 Adsorption capacity of biomass for Cr 3+ and 
Cr 6+ was found to be signifi cantly improved by 
the treatments of gluteraldehyde (95.41 and 
96.21 mg/g) and benzene (85.71 and 
90.81 mg/g) respectively 

 Abbas et al.  (  2008  )  

 Above–ground plant 
parts of wheat 
straw and grass 

 Biosorption was found to be a quick process. The 
equilibrium was reached within 10–20 min. 
Biosorption capacity of the studied sorbents 
was intermediate when compared with other 
sorbents of plant origin ca. 20 mg Cr 3+ /g, but 
since these materials are commonly abundant 
and of minimal cost, it is possible to improve 
wastewater treatment effi ciency by increasing 
the concentration of the sorbent 

 Chojnacka  (  2006  )  

  Turbinaria ornata  
seaweed 

 Brown seaweed ( Turbinaria  spp) was pre–treated 
with sulfuric acid, calcium chloride and 
magnesium chloride and tested for its ability 
to remove chromium from tannery wastewater. 
 urbinaria  weed exhibited maximum uptake of 
about 31 mg of chromium for one gram of 
seaweed at an initial concentration of 
1,000 mg/L of chromium. Freundlich and 
Langmuir adsorption isotherm models were 
used to describe the biosorption of Cr 3+  by 
 Turbinaria  spp. 

 Aravindhan et al. 
 (  2004  )  

 Sugarcane bagasse, 
maize corn cob 
and Jatropha oil 
cake 

 Maximum adsorption was observed in the acidic 
medium at pH 2 with a contact time of 60 min 
at 250 rpm stirring speed. Jatropha oil cake 
had better adsorption capacity than sugarcane 
bagasse and maize corn cob under identical 
experimental conditions. The results showed 
that studied adsorbents can be an attractive low 
cost alternative for the treatment of 
wastewaters in batched or stirred mode reactors 
containing lower concentrations of chromium 

 Garg et al.  (  2007  )  

(continued)
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 Biosorbent(s)  Biosorption performance  Reference 

  Helianthus annuus  
(sunfl ower) stem 
waste 

 Maximum metal removal was observed at pH 2.0. 
The effi ciencies of boiled sunfl ower stem 
absorbent and formaldehyde–treated sunfl ower 
stem absorbent for the removal of Cr 6+  were 
81.7% and 76.5%, respectively for dilute 
solutions at 4.0 g/L adsorbent dose 

 Jain et al.  (  2009  )  

 pre–consumer 
processing 
agricultural waste: 
Rice husk 

 Maximum metal removal was observed at pH 2.0. 
The effi ciencies of boiled and formaldehyde 
treated rice husk for Cr 6+  removal were 71.0% 
and 76.5% respectively for dilute solutions at 
20 g/L adsorbent dose. The experimental data 
fi tted with Freundlich and Dubinin–
Radushkevich isotherm models 

 Bansal et al. 
 (  2009  )  

 Low cost activated 
carbon (ATFAC) 
was prepared from 
coconut shell 
fi bers (an 
agricultural 
waste) + A 
commercially 
available activated 
carbon fabric cloth 
(ACF) (control) 

 The maximum adsorption capacities of ATFAC 
and ACF at 25°C are 12.2 and 39.56 mg/g, 
respectively. Cr 3+  adsorption increased with an 
increase in temperature (10°C: ATFAC—
10.97 mg/g, ACF—36.05 mg/g; 40°C: 
ATFAC—16.10 mg/g, ACF—40.29 mg/g). 
sorption capacity of activated carbon (ATFAC) 
and activated carbon fabric cloth is comparable 
to many other adsorbents/carbons/biosorbents 
utilized for the removal of trivalent chromium 
from water/wastewater 

 Mohan et al. 
 (  2006  )  

 Japanese cedar 
(Cryptomeria 
japonica) bark 

 The equilibrium data at different temperatures fi t 
well in the Langmuir isotherm model. The 
endothermic nature of the adsorption was 
confi rmed by the positive value of enthalpy 
change (18.9 kJ/mo1). The positive value of 
entropy change (65.2 J/mol.K) suggested the 
increased randomness at the solid–solution 
interface during the adsorption. The studies 
showed that Japanese cedar bark can be used 
as a cost–effective adsorbent for the removal 
of Cr 6+  from wastewater 

 Aoyama et al. 
 (  2004  )  

 Natural biosorbents 
tested: Natural 
sediment, chitin 
chitosan, 
 Aspergillus fl avus  
I–V,  Aspergillus 
fumigatus  I–ll, 
 Helmintosporium  
sp,  Cladosporium  
sp,  Mucor rouxii  
mutant,  M. rouxii  
IM–80,  Mucor  
sp–I and 2, 
 Candida albicans  
and  Cryptococcus 
neoformans  

  C. neoformans , natural sediment, 
 Helmintosporium  sp and chitosan was more 
effi cient to remove Cr 6+  achieving the 
following percentage of removals: 98%, 98% 
and 63%, respectively. 

    Ismael Acosta 
et al.  (  2004  )  

Table 10.5 (continued)
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(Davis et al.  2000  ) . Copper toxicity is a much overlooked contributor to many 
health problems; including anorexia, fatigue, premenstrual syndrome, depression, 
anxiety, migraine headaches, allergies, childhood hyperactivity and learning dis-
orders. The involvement of copper toxicity and bio–unavailability in such a wide 
range of health conditions may seem unusual. 

 Copper is an essential nutrient in humans, and has not been shown to be carcino-
genic in animals or humans. However, young children, and infants in particular, 
appear to be especially susceptible to the effects of excess copper. Case reports have 
attributed adverse effects (diarrhea and weight loss) in infants to rather low levels of 
copper in drinking water, estimated as 0.22–1.0 mg/L or 1.0–6.5 mg Cu/L. High 
levels of copper in tap water in homes with copper plumbing have been linked to 
childhood cirrhosis in Germany. In other studies, consumption by adults of drinking 
water containing > 3 mg/L ionized copper was associated with a signifi cant increase 
in nausea, abdominal pain or vomiting. 

 Copper is a component of many naturally occurring minerals and is extensively 
used in industry and household products. Copper is also found in surface water, 
groundwater, seawater and drinking water. Surface water concentrations of copper 
range from 0.5 to 1,000  m g/L. Most of the copper tends to be bound to sediments. 
Urban runoff often contains elevated concentrations of copper due to household and 
industrial uses of water. Sewage is also a major source of copper input to rivers and 
streams, although some is removed in treatment plants because of its sediment bind-
ing properties. Copper in surface water is a well–known environmental hazard, 
associated with toxicity to a variety of aquatic organisms. The concentration of cop-
per in drinking water can vary widely, depending on variations in acidity/alkalinity 
(pH), mineral content (hardness), and copper availability in the distribution system. 
Results from studies in the U.S., Europe and Canada indicate that copper levels in 
drinking water can range from < 0.005 to > 30 mg/L, with the corrosion of copper 
pipes serving as the most frequent cause of copper contamination. 

 Input of copper into aquatic ecosystems increased sharply during the past century 
and includes inputs from waste discharges into saline waters, industrial discharges 
into freshwater, and leaching of antifouling marine paints and wood preservatives. 
Many industries include copper in their processes and discharge it in wastewater 
streams. These industries include tanning, mining, metal processing and fi nishing, 
electroplating, the automobile industry, and the pharmaceutical industry to name a 
few. World production of copper amounts to 13 million tons a year, and is still rising. 
Present anthropogenic inputs of copper are two to fi ve times higher than natural 
loadings; the atmosphere is a primary recipient of these inputs. In mining and indus-
trial areas, precipitation of atmospheric fallout is a signifi cant source of copper to the 
aquatic environment. In surface water copper can travel great distances and it 
strongly attaches to organic matter and minerals. It does not break down in the envi-
ronment and thus accumulates in plants and animals. In copper–rich soil only a 
small number of plants can survive. This is why there is not much plant diversity 
near copper–disposing factories and it is a serious threat to farmlands. It negatively 
infl uences the activity of microorganisms and earthworms and thus seriously slows 
the decomposition of organic matter. Another important factor in decreasing the 
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copper in industrial waste streams is the possibility of reclamation of copper. Waste 
stream concentrations can range up to several thousand mg/L for copper plating bath 
waste where the EPA’s recommended limit is 1.3 mg/L. Industries already must 
lower their copper limits to meet their local legal guidelines and recycling the metal 
these companies are throwing away provides extra fi nancial incentive for them to do 
so through continuous research and development in this direction. 

 Adsorption and biosorption technology have consequently both gained great con-
cern in research over the last 15 years for the removal of copper (Cu 2+ ) ions from 
wastewaters. Stylianou et al.  (  2007  )  have studied the ability of natural zeolite (clinop-
tilolite) and exfoliated vermiculite to remove copper from aqueous solutions in fi xed 
bed column and batch reactors. The effect of agitation speed (0, 100, 200, 400 rpm), 
temperature (25°C, 45°C, 60°C), and particle size [2.5–5.0 mm, dust (< 0.25 mm)] 
and solution pH (1.00–4.00) on the removal of heavy metals was studied. Fixed bed 
experiments were conducted, using three different volumetric fl ow rates of 5–7–10BV 
(Bed Volumes)/h, under an initial normality of 0.01 N (317.7 mg/L), at initial pH of 
4.00 and ambient temperature (25°C). Stylianou et al.  (  2007  )  found that vermiculite 
was more effective for the removal of copper in batch mode reactors under all the 
tested conditions, while the removal effi ciency follows the order: vermiculite > clinop-
tilolite dust > clinoptilolite 2.5–5.0 mm. Kaewsarn  (  2002  )  has reported the biomass of 
marine algae to have high uptake capacities for a number of heavy metal ions. 
Kaewsarn  (  2002  )  investigated the adsorption properties of a pre–treated biomass of 
marine algae  Padina  sp. for Cu 2+ . It was found that biosorption capacities were solu-
tion pH dependent and the maximum capacity obtained was 0.80 mmol/g at a solution 
pH of about 5. The biosorption kinetics was found to be fast, with 90% of adsorption 
within 15 min and equilibrium being reached at 30 min. The study of Kaewsarn 
 (  2002  )  demonstrated that the pre–treated biomass of  Padina  sp. could be used as an 
effective biosorbent for the treatment of Cu 2+  containing wastewater streams. Later, 
Basci et al.  (  2004  )  studied the adsorption capacity of wheat shell for copper (II) at 
various pH (2–7), agitation speeds (50–250 rpm) and initial metal ion concentrations 
(10–250 mg/L). The maximum biosorption of copper onto wheat shell occurred at 
240 rpm agitation speed and at pH between 5 and 6 and the biosorption values of Cu 2+  
were increased with increasing pH from 2 to 5 and decreased with increasing copper/
wheat shell ratios from 0.83 to 10.84 mg Cu 2+ /g wheat shell. Basci et al.  (  2004  )  con-
cluded that wheat shell was a suitable biosorbent for removing Cu 2+  from aqueous 
solutions. 

 Recently, Vilar et al.  (  2008  )  have studied the biosorption of copper ions by an 
industrial algal waste, from agar extraction industry in a batch system. The latter 
biosorbent was compared with the algae  Gelidium  itself, which is the raw material 
for agar extraction, and the industrial waste immobilized with polyacrylonitrile 
(composite material). Earlier, Cho and Jian  (  1998  )  have investigated the adsorption 
of copper(II) in aqueous solutions by living mycelium pellets of  Phanerochaete 
chrysosporium . The maximum copper adsorption capacity of the fungal mycelium 
estimated with the Langmuir model was 3.9 mmol Cu per gram of dry mycelium 
compared with 1.04 mmol Cu/g of a strong acidic ion–exchange resin. The living 
mycelium also showed a high affi nity to copper in diluted solutions. 



41510 Heavy Metals: Toxicity and Removal by Biosorption

 Table  10.6  presents a summary of the Cu 2+  removal performance of some recently 
studied biosorbents and low cost waste materials. It is brought to the attention of the 
reader that Table  10.6  (and similar tables) is not exhaustive but an attempt for rea-
sonably representative listing of the results of research studies for Cu 2+  removal by 
biosorption.   

    10.4.4   Nickel 

 Nickel is a naturally occurring element that exists in various mineral forms. It is used 
in a wide variety of applications including metallurgical processes and electrical 
components, such as batteries (ATSDR  1988 ; USAF  1990  ) . Nickel contamination of 
the environment occurs locally from emissions of metal mining, smelting, and refi n-
ing operations; from combustion of fossil fuels; from industrial activities, such as 
nickel plating and alloy manufacturing; from land disposal of sludges, solids, and 
slags; and from disposal as effl uents. 

 The absorption of nickel is dependent on its physico–chemical form, with water 
soluble forms being more readily absorbed. The metabolism of nickel involves con-
version to various chemical forms and binding to various ligands (ATSDR  1988  ) . 
Nickel is excreted in the urine and faeces with relative amounts for each route being 
dependent on the route of exposure and chemical form. Most nickel enters the body 
via food and water consumption, although inhalation exposure in occupational set-
tings is a primary route for nickel–induced toxicity. In large doses (>0.5 g), some 
forms of nickel may be acutely toxic to humans when taken orally (Daldrup et al. 
 1983 ; Sunderman et al.  1988  ) . Oral LD 

50
  values for rats range from 67 mg nickel/kg 

(nickel sulphate hexahydrate) to > 9,000 mg nickel/kg (nickel powder) (ATSDR 
 1988  ) . Toxic effects of oral exposure to nickel usually involve the kidneys with 
some evidence from animal studies showing a possible developmental/reproductive 
toxicity effect (ATSDR  1988 ; Goyer  1991  ) . 

 Nickel toxicity reduces photosynthesis, growth, and nitrogenase activity of 
algae; fermentative activity of a mixed rumen microbiota; growth rate of marine 
bacteria;  tion of fungi. Adverse effects of excess nickel have also been observed 
with yeasts, higher plants, protozoans, mollusks, crustaceans, insects, annelids, 
echinoderms, fi shes, amphibians, birds, and mammals. In mammals, the toxicity of 
nickel is a function of the chemical form of nickel, dose, and route of exposure. 
Exposure to nickel by inhalation, injection, or cutaneous contact is more signifi cant 
than oral exposure. Toxic effects of nickel to humans and laboratory mammals are 
documented for respiratory, cardiovascular, gastrointestinal, hematological, 
musculoskeletal, hepatic, renal, dermal, ocular, immunological, developmental, 
neurological, and reproductive systems. 

 Signs of nickel poisoning in fi shes include surfacing, rapid mouth and opercular 
movements and, prior to death, convulsions and loss of equilibrium. Destruction of 
the gill lamellae by ionic nickel decreases the ventilation rate and may cause blood 
hypoxia and death. Other signs of nickel poisoning in fi shes include decreased 
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 concentrations of glycogen in muscle and liver with simultaneous increases in lev-
els of lactic acid and glucose in blood, depressed hydrogen peroxide production in 
tissues and a reduction in superoxide dismutase, and contractions of vascular smooth 
muscle–signs similar to those associated with hypertension in mammals. Ionic 
nickel is lethal to sensitive species of aquatic organisms at 11–113  m g/L. Deaths 
occur among embryos of rainbow trout at 11–90  m g/L, daphnids at 13  m g/L, embryos 
of channel catfi sh at more than 38  m g/L, embryos of the narrowmouthed toad at 
50  m g/L, and embryos of largemouth bass at 113  m g/L. Species intermediately resis-
tant to nickel died at 150–410  m g/L, including mysid shrimp at 150  m g/L, freshwater 
snails at 237  m g/L, clam embryos at 310  m g/L, and embryos of salamanders at 
410  m g/L. Aquatic bacteria and yeasts are comparatively tolerant to nickel. Sensitive 
species of freshwater eubacteria and actinomycetes show reduced growth at 5 mg 
Ni/L; for marine eubacteria, growth inhibition begins at 10–20 mg/L. Sensitive spe-
cies of yeasts show growth inhibition at 1.0 mg Ni/L; resistant species of yeasts 
show a reduction in growth at 5–20 mg Ni/L. 

 Nickel(II) (Ni 2+ ) ion is one such heavy metal frequently encountered in raw 
wastewater streams from industries such as non–ferrous metal, mineral processing, 
paint formulation, electroplating, porcelain enameling, copper sulphate manufac-
ture and steam–electric power plants (   Padmavathy  2008  ) . While the Ni 2+  ion con-
centration in plating rinse can approach 2–900 mg/L (Padmavathy  2008  ) , wastewaters 
from paint and ink formulation, porcelain enameling and copper sulphate manufac-
ture industries record effl uent Ni 2+  ion concentrations varying over 0–40, 0.25–67 
and around 20 mg/L, respectively. 

 A number of conventional techniques have been used to remove Ni 2+  ion from 
wastewater streams, such as adsorption on activated carbon, chemical precipitation, 
and crystallization in the form of nickel carbonate. However, these methods are 
either ineffective or expensive when initial metal concentrations in wastewaters are 
low, or when very low concentrations of heavy metals in treated water is required. In 
the past few decades, biosorption using microbial biomass as the adsorbent, has 
emerged as a potential alternative technique to the existing methods for metal 
removal. The biosorptive capacity for nickel has frequently been shown to be low in 
contrast to other transition metals, e.g., Cu 2+ , Pb 2+  or Ag + , in accordance with the 
Irving–Williams series, an empirically determined series of stability constants of 
organo–metal complexes  . The biosorptive capacities of several microorganisms and 
chemical properties of nickel in that context have been summarised and discussed by 
Tsezos et al.  (  1995  )  but these data are for studies conducted before 1995. Table  10.7  
summarizes the biosorption capacities of some biosorbents for Ni 2+  studied during 
the last 10 years. Without obvious differences between the major groups of microor-
ganisms, the biosorptive capacities of algae, bacteria and fungi range between 5 and 
50 mg Ni/g dry matter, corresponding to high equilibrium concentrations of 100 mg/L 
and above, and neutral to slightly acidic pH values (Pümpel et al.  2003  ) . In the con-
centration range of practical interest for bioremediation studies (typically only a few 
mg/L) nickel biosorption only reaches 0.5–10 mg/g (Asthana et al.  1995 ; Ivanitsa 
et al.  1999 ; Tsezos et al. 1995  ) . Nickel can be bioprecipitated onto cell surfaces with 
a number of biogenic precipitant ligands, as described in the literature for other 
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 metals, for example Ni 2+  could be removed as its phosphate precipitate since metal 
phosphates are highly insoluble (Pümpel et al.  2003  ) . Accordingly, heavy metals 
were removed as their phosphates via the activity of cell–bound phosphatase (PhoN) 
of  Citrobacter  sp. N14 (Pümpel et al.  2003  ) .  

 Literature abounds with over 70,000 studies conducted to remove Ni 2+  by adsorp-
tion and over 3,500 research papers reporting the application for biosorption for 
nickel remediation. Whilst it is not feasible to discuss all these studies in this review 
paper, a few of the most recent advances in Ni 2+  removal by biosorption are immedi-
ately appraised. Özer et al.  (  2008  )  have recently investigated the biosorption of Ni 2+  
ions on  Enteromorpha prolifera , a green algae in a batch system. The single and 
combined effects of operating parameters such as initial pH, temperature, initial 
metal ion concentration and biosorbent concentration on the biosorption of Ni 2+  ions 
on  E. prolifera  were analyzed using response surface methodology (RSM). The opti-
mum biosorption conditions were determined as initial pH 4.3, temperature 27°C, 
biosorbent concentration 1.2 g/L and initial Ni 2+  ion concentration 100 mg/L. At opti-
mum biosorption conditions, the biosorption capacity of  E. prolifera  for Ni 2+  ions 
was found to be 36.8 mg/g after 120 min biosorption. The monolayer coverage capac-
ity of  E. prolifera  for nickel(II) ions was found as 65.7 mg/g. In order to examine the 
rate limiting step of Ni 2+  biosorption, such as the mass transfer and chemical reaction 
kinetics, the intraparticle diffusion model, external diffusion model and the pseudo 
second order kinetic model were tested with the experimental data. It was found that 
for both contributed to the actual biosorption process and that the pseudo second 
order kinetic model described the Ni 2+  biosorption process with a good fi tting. 

 Later, Akar et al.  (  2009  )  have studied that batch and dynamic fl ow biosorption 
using the waste biomass entrapped in silica–gel matrix for the removal of Ni 2+  ions 
from synthetic solutions and real wastewater. The batch biosorption conditions were 
examined with respect to initial pH, contact time, and initial Ni 2+  ion concentration. 
Zeta potential measurements showed that immobilized biosorbent was negatively 
charged in the pH range of 3.0–8.0. The immobilized biomass was also found to 
possess relatively high biosorption capacity (98.01 mg/g), and biosorption equilib-
rium was established in a short time of operation (5 min). The applicability of sor-
bent system was also investigated in a continuous mode, and column studies were 
performed under different fl ow rate, column size, and biosorbent dosage. Akar et al. 
 (  2009  )  reported the successful removal of Ni 2+  ions from industrial wastewater in 
dynamic fl ow treatment mode. Their results showed that silica–immobilized waste 
biomass was a low–cost promising sorbent for sequester of Ni 2+  ions from synthetic 
and real wastewater. Amini et al.  (  2009  )  also investigated the effects of biosorbent 
 Aspergillus niger  dosage, initial solution pH and initial Ni 2+  concentration on the 
uptake of Ni 2+  by NaOH pretreated biomass of  A. niger  from aqueous solution in 
batch experiments. Amini et al.  (  2009  )  deduced the optimum Ni 2+  uptake to be 
4.82 mg/g biomass at pH 6.25. 

 Popuri Srinivasa et al.  (  2009  )  have lately developed a new biosorbent by coating 
chitosan, a naturally and abundantly available biopolymer, on to polyvinyl chloride 
(PVC) beads. The biosorbent was characterized by Fourier Transform Infrared spec-
tra, porosity and surface area analyses. Equilibrium and column fl ow adsorption 
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characteristics of Ni 2+  ions on the biosorbent were equally studied. The effect of pH, 
agitation time, concentration of adsorbate and amount of adsorbent on the extent of 
adsorption was also investigated. The maximum monolayer adsorption capacity of 
chitosan coated PVC sorbent as obtained from Langmuir adsorption isotherm was 
found to be 120.5 mg/g for the Ni 2+  ions. In addition, breakthrough curves were 
obtained by Popuri Srinivasa et al.  (  2009  )  from column fl ow experiments, and their 
results demonstrated that chitosan coated PVC beads could be used effi ciently for the 
removal of Ni 2+  ions from aqueous medium through adsorption. Lastly, Singh et al. 
 (  2009  )  have investigated the application of an aquatic weed,  P. hysterophorous , in ash 
form for removal of Ni 2+  from aqueous solutions. It was observed that the removal of 
Ni increased from 67.30% to 97.54%, with the Ni 2+  concentration decreasing from 
477.21 to 67.83 mg/L at 25 °C, pH 11.0. The additional adsorption isotherm and 
thermodynamic analyses revealed that the adsorption capacity for Ni 2+  by  P. hystero-
phorous  was found to be much better than other common adsorbents reported for the 
removal of Ni 2+ . Özer et al.  (  2008  ) , Akar et al.  (  2009  ) , Amini et al.  (  2009  ) , Popuri 
Srinivasa et al.  (  2009  )  and Singh et al.  (  2009  )  unanimously found that the Langmuir 
and Freundlich isotherm models defi ned the equilibrium data very well.  

    10.4.5   Lead 

 Lead is one of the most dangerous contaminants which is released to the environment 
by various anthropogenic activities (Carrasquero Durán et al.  2006  ) . In the air, lead is 
in the form of particles and is removed by rain or gravitational settling. The solubility 
of lead compounds in water is a function of pH, hardness, salinity, and the presence 
of humic material. Solubility is highest in soft, acidic water. The sink for lead is the 
soil and sediment. Because it is strongly adsorbed to soil, it generally is retained in 
the upper layers of soil and does not leach appreciably into the subsoil and ground-
water. Lead compounds may be transformed in the environment to other lead com-
pounds; however, lead is an element and cannot be destroyed. Anthropogenic sources 
of lead include the mining and smelting of ore, manufacture of lead–containing prod-
ucts, combustion of coal and oil, and waste incineration. Many anthropogenic sources 
of lead, most notably leaded gasoline, lead–based paint, lead solder in food cans, 
lead–arsenate pesticides, and shot and sinkers, have been eliminated or strictly regu-
lated due to lead’s persistence and toxicity. Because lead does not degrade, these 
former uses leave their legacy as higher concentrations of lead in the environment. 

 Based on a survey of 900 public water supply systems, EPA in 1988 estimated 
that 99% of the 219 million people in the United States using public water supplies 
were exposed to drinking water with levels of lead <5  m g/L and approximately two 
million people are served by drinking water with levels of lead >5  m g/L. A survey 
of 580 cities in 47 states indicated that the national mean concentration of lead in 
drinking water was 29  m g/Lafter a 30 s fl ushing period. However, it was estimated 
that in 1988 the average lead content of drinking water decreased to 17  m g/L. In 
1991, EPA examined the occurrences of lead in source water and distributed water. 
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By resampling at the entry point to the distribution system, few samples were found 
to contain lead at levels above 5  m g/L. 

 EPA now estimates that approximately 600 groundwater systems may have 
water, leaving the treatment plant, with lead levels above 5  m g/L. Based on several 
data sets, it is estimated that < 1% of the public water systems in the United States 
have water entering the distribution system with lead levels above 5  m g/L. These 
systems are estimated to serve < 3% of the population that receives drinking water 
from public systems. 

 Lead poisoning is a medical condition caused by increased levels of the metallic 
lead in the blood. Lead may cause irreversible neurological damage as well as renal 
disease, cardiovascular effects, and reproductive toxicity. Humans have been min-
ing and using this heavy metal for thousands of years, poisoning themselves in the 
process due to accumulation, exposure and direct contact. These dangers have long 
been known, though the modern understanding of their full extent and the small 
amount of lead necessary to produce them is relatively recent; blood lead levels 
once considered safe are now considered hazardous, with no known threshold. The 
current EPA and WHO drinking water standard for Pb 2+  is 0.05 mg/L and 10  m g/L, 
respectively. Pb 2+  accumulates mainly in bones, brain, kidney and muscles and may 
cause many serious disorders like anemia, kidney diseases, nervous disorders and 
sickness even death (Lo et al.  1999  ) . 

 Recently, the removal of Pb 2+  ions from drinking water has been focused due to 
its high toxicity to humans in terms of nausea, convulsions, coma, renal failure, 
cancer and subtle effects on metabolism and intelligence. Different approaches 
to remove Pb 2+  ions from wastewater, including chemicals precipitation, ion 
exchange, reverse osmosis (Modher et al.  2009  ) , electrokinetic remediation, phy-
toremediation and adsorption have been used to reduce the concentrations to safe 
levels before discharge into fragile environments. Research has shown that adsorp-
tion is the simplest and best cost–effective method. Various adsorbents/biosor-
bents such as activated carbon, iron oxides, fi lamentous fungal biomass and natural 
condensed tannin have been explored for the removal of Pb 2+  ions and the results 
have been promising so far. Efforts to fi nd low cost and biodegradable sorbents for 
Pb 2+  have hence constituted in making progress this fi eld of lead remediation 
research. 

 The immediate sections revisit some selected recent advances made in Pb 2+  ion 
removal by biosorption and Table  10.8  additionally makes a résumé of similar studies 
with respect to novel biosorbents tested, the types of water and wastewater studied, 
the befi tting adsorption model(s) and biosorption capacity for Pb 2+ .  

 Modher et al.  (  2009  )  have used nonliving  Spirogyra neglecta  biomass, to study 
the effects of initial concentration and contact time, pH and temperature on the bio-
sorption of Pb 2+ . The surface characteristics of the nonliving algal biomass were 
examined using scanning electron microscope and Fourier Transformed Infrared 
spectroscopy. Modher et al.  (  2009  )  found that the non–living algal biomass exhib-
ited a caves–like, uneven surface texture along with lot of irregular surface. The 
Fourier Transform Infrared Spectroscopy analysis of the alga biomass revealed the 
presence of carboyl, amine and carboxyl group which were responsible for adsorp-
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tion of Pb 2+ . The maximum adsorption capacity of Pb 2+  by the nonliving biomass of 
 Spirogyra neglecta  was 132 mg g −1 . This study was novel and it concluded that  t he 
maximum adsorption capacity for Pb 2+  by the nonliving biomass of  Spirogyra 
neglecta  was higher than reported for other biosorbents. Therefore, it has been 
advocated that this new biosorbent has a great potential for removing Pb 2+  from pol-
luted water. Still searching for novel biosorbents,    Lugo–Lugo et al.  (  2009  )  have 
evaluated natural, formaldehyde–treated and copolymer–grafted orange peels as 
adsorbents to remove Pb 2+  ions from aqueous solutions. Lugo–Lugo et al.  (  2009  )  
reported (an optimum pH 5) that the adsorption process was fast, reaching 99% of 
sorbent capacity in 10 min for the natural and treated biomasses and 20 min for the 
grafted material. The treated biomass showed the highest sorption rate and capacity 
in the batch experiments, with the results fi tting well to a pseudo–fi rst order rate 
equation. In the continuous test with the treated biomass, the capacity at complete 
exhaustion was 46.61 mg/g for an initial concentration of 150 mg/L. Additional 
analyses by Scanning Electron Microscopy–Energy Dispersive X–ray indicated that 
the materials had a rough surface, and that the adsorption of the metal took place 
on the surface. The Fourier Transform Infrared Spectroscopy spectrums revealed 
that the functional groups responsible for metallic biosorption were the –OH, 
–COOH and –NH 

2
  groups on the surface. Rahmani et al.  (  2009  )  concluded that 

waste activated sludge (WAS) can be a useful product in removal of lead and per-
haps other similar heavy metals from wastewater and industrial wastes. In addition, 
Rahmani et al.  (  2009  )  propose that it is possible to improve the biosorption treat-
ment they studied by performing additional aeration and feeding. The study of 
Rahmani et al.  (  2009  )  consisted in observing during treatment of synthetic solutions 
of Pb 2+  by a sample WAS (mixed liquor suspended solids at 10,000 mg/L). Their 
results showed that the effi ciency of Pb 2+  removal was reduced by increasing the 
initial metal concentration, but the changes of contact time had resulted in different 
responses depending to the test condition. Moreover, it was found that the effects of 
aeration and feeding in increasing the effi ciency of treatment were more pronounced 
for the stage of treating lower concentrations of lead. The maximum removal of Pb 2+  
in the fi rst step (without aeration and feeding) was 55.2% in contact time of 75 min, 
in the second step (without feeding and by 12 h aeration) 63.3% and third step it was 
94.2% in contact time of 48 h. 

 A still novel and interesting advancement was the use of Konjac glucomannan 
beads by Long et al.  (  2009  )  as metal biosorbent for Pb 2+  from aqueous solutions. 
 Konjac glucomannan  is a water–soluble dietary fi ber derived from the root of the 
Konjac plant. The Konjac, commonly known as the corm–like tuber of Amorphophallus 
Konjac C. Korch, is a perennial plants native of warm tropical to tropical regions, 
eastern Asia, from Japan and south of China to Indonesia. Konjac is a nutrient–rich 
food plant food with low calorie and no fat content. In China, Konjac is called  Ju Ruo , 
which has been used as a food for over 2,000 years, as described in the “Ode to the 
Capital of Shu Kingdom”, written by  Zuo Si  of  Xijin  Dynasty. The main characteris-
tics of this fi ber are as follows: It is an extremely viscous soluble fi ber in nature 
(Chandalia et al.  2000  )  and can form extremely viscous solutions (McCarty  2002 ; 
Tabatabai and Li  2000  ) ; it has a very high molecular weight (200,000–2,000,000 
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g/mol), it has a very high water holding capacity of up to 100 times its own water 
weight ands it can form either a reversible or a thermo–non–reversible gel. The results 
of Long et al.  (  2009  )  convincingly showed that Konjac glucomannan beads may be 
potentially very useful for the treatment of wastewater contaminated with lead.  

    10.4.6   Zinc 

 Zn is an essential and benefi cial element for human bodies and plants. Complete 
exclusion of Zn is not possible due to its dual role, an essential microelement on the 
one hand and a toxic environmental factor on the other (Brune et al.  1994  ) . However, 
Zn can cause nonfatal fume fever, pneumonitis, and is a potential hazard as an envi-
ronmental pollutant (   Lu et al.  2004  ) . Zinc is an essential nutrient in humans and 
animals that is necessary for the function of a large number of metalloenzymes. 
These enzymes include alcohol dehydrogenase, alkaline phosphatase, carbonic 
anhydrase, leucine aminopeptidase, superoxide dismutase, and deoxyribonucleic 
acid (DNA) and ribonucleic acid (RNA) polymerase. As such, zinc is required for 
normal nucleic acid, protein, and membrane metabolism, as well as cell growth and 
division. Zinc also plays an essential role in the maintenance of nucleic acid struc-
ture of genes (zinc fi nger phenomenon). Zinc defi ciency has been associated with 
dermatitis, anorexia, growth retardation, poor wound healing, hypogonadism with 
impaired reproductive capacity, impaired immune function. 

 Even though zinc is a very essential requirement for a healthy body, excess zinc 
can be harmful, and cause zinc toxicity (Fosmire  1990  ) . Excessive absorption of 
zinc can also suppress copper and iron absorption. The free zinc ion in solution is 
highly toxic to plants, invertebrates, and even vertebrate fi sh. The Free Ion Activity 
Model (FIAM) (De Schamphelaere et al.  2005 ; Hough et al.  2005 ; Markich et al. 
 2003 ; Parker and Pedler  1997 ; Parker et al.  2001  )  is well–established in the litera-
ture, and shows that just micromolar amounts of the free ion kills some organisms. 

 Zinc is mainly used in the production of noncorrosive alloys and brass and in gal-
vanizing steel and iron products. Zinc undergoes oxidation on the surface, thus pro-
tecting the underlying metal from degradation. Galvanized products are widely used 
in construction materials, automobile parts, and household appliances. Zinc oxide is 
used to form white pigments in rubber processing and to coat photocopy paper. Zinc 
is used therapeutically in human medicine in the treatment of zinc defi ciency, various 
skin diseases, wound healing, and to reduce pain in sickle cell anemia patients. 

 Zinc is discharged into the global environment at an estimated yearly rate of 8.8 
million metric tons; 96% of the total is a result of human activities (Leonard and 
Gerber  1989  ) . Major sources of anthropogenic zinc discharges to the environment 
include electroplaters, smelting and ore processors, drainage from active and inac-
tive mining operations, domestic and industrial sewage, combustion of fossil fuels 
and solid wastes, road surface runoff, corrosion of zinc alloys and galvanized sur-
faces, and erosion of agricultural soils (Buhl and Hamilton  1990  ) . During smelting, 
large amounts of zinc are emitted into the atmosphere. The removal of Zn 2+  from 
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effl uents is a major problem due to the diffi culty in treating such wastewaters by 
conventional treatment methods (Fernando et al.  2009  ) . Hence, substantial research 
has been in progress to fi nd suitable, high effi ciency and low cost natural sorbents 
for Zn 2+  removal by adsorption. Several of the studies reported in literature for the 
removal of Zn 2+  by biosorption bear testimony of the feasibility of this heavy metals 
removal technique. Whilst it is not possible to discuss all of these research works 
which exceed 5,000 in number, a few of the latest ones are summarized in 
Table  10.9 .    

    10.5   Conclusion 

 The removal of heavy metals ions from our environment especially wastewater 
streams is now steadily shifting from the use of conventional adsorbents to the use 
of biosorbents for reasons of degradability and environmental sustainability. This 
shift is also perfectly contextualized within the concept of  Green Chemistry . The 
presence of heavy metals in the environment has always been of major concern 
because of their toxicity, bioaccumulating tendency, and threat to human life, aquatic 
life and the environment, as a whole. In recent years, many low cost sorbents such 
as algae, fungi bacteria and lignocellulosic agricultural by–products have been pre-
treated and investigated for their biosorption capacity towards heavy metals. So far, 
the results have been promising and the scope for the use of biosorbents for biore-
mediating wastewaters is widening. Composts are also being revealed as excellent 
biosorbents in comparison to many other adsorbents. We have reviewed the sources 
and toxicology of six selected heavy metals as well as the reason why they need to 
be removed from our environment. 

 Our review has also shown that the conventional methods of removal are expen-
sive, hence the use of low cost, abundant environmentally friendly biosorbents is 
justifi ed. Although biosorption is promising, its precise mechanism is not well elu-
cidated and well established. There is to date no overall and general adsorptive 
mechanism which could be adapted and simplifi ed for an overwhelming majority of 
biosorption reactions and subsequently used to explain the specifi c heavy metal(s) 
sorption for a particular sorbent. This is actually a gap in knowledge which research-
ers are earnestly up to. This knowledge is essential for understanding the process 
and it will serve as a basis for quantitative stoichiometric considerations, which are 
fundamental for mathematical modeling and scale–up of biosorption processes 
which fi nd their true place in actual wastewater treatment systems.      
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444 D. Gasparatos

  Abstract   Over the last two decades, considerable attention has been paid to the 
management of metal-contaminated soils. Fe-Mn concretions and nodules can be 
used to sequester metals by adsorption. Fe-Mn concretions and nodules are discrete 
bodies with variable compositions formed in the soil system under alternating 
oxidizing and reducing conditions. This chapter highlights the high adsorption 
capacity of soil Fe-Mn concretions and nodules for many metal contaminants. The 
geochemical association of various metals with either Mn or Fe rich phase in Fe-Mn 
concretions and nodules are a primary environmental procedure that controls the 
dynamics of these contaminants in the soil system. The formation of Fe-Mn concre-
tions and nodules is the most effi cient and durable process for metal contaminants 
sequestration in the soils. Since the formation of soil concretions has a potentially 
benefi cial effect on metals availability, the application of these environmental 
materials as geochemical reactors to improve the effi ciency of  in situ  technologies 
for remediating metal contaminated soils is strongly recommended.  

  Keywords   Soil  •  Contamination  •  Redox process  •  Fe – Mn oxides  •  Heavy metals  
•  Remediation technologies  •  Fe-Mn concretions and nodules  •  High sorption capacity  
•  Arsenic  •  Toxic metal sequestration  •  Environmental geochemistry  •  Lead  
•  Chromium      

    11.1   Introduction 

 In terrestrial ecosystems the soil is of central signifi cance because as a very important 
“ecological crossroad” it is the place where many kinds of interactions take place 
between solids, liquids, gases and the biota (Fig.  11.1 ). Soil, in an environmental 
context, is not only a sink to dispose off undesirable materials, but also a transmitter 
of many contaminant chemicals as metals to surface-ground water, atmosphere and 
living organisms (Kabata-Pendias  2001 ; Gasparatos et al.  2005a  ) . Therefore the 
metal contaminants content of soil governs the composition of these elements in 
plants and animals.  

 As a consequence of industrialization during the last centuries, the contamina-
tion of soils with toxic metals has become a major environmental concern in many 
parts of the world. These metals are considered as hazardous pollutants with a long 
residence time in soils due to their toxicity and lack of biodegradability (Alloway 
 1995 ; Adriano  2001  ) . 

 Toxic metals may be retained by soil components through a number of processes 
such as electrostatic adsorption, formation of inner-sphere sorption complexes or 
multinuclear surface complexes, and precipitation of new mineral phases. In soil, Fe 
and Mn oxides, oxyhydroxides and hydroxides (for the sake of brevity all are called 
oxides) constitute only a small fraction of the total solid phase but with their high 
sorption capacity often control the location, mobility and bioavailability of metal 
contaminants (McKenzie  1980 ; Contin et al.  2007 ; Manceau et al.  2007  ) . Because 
of their high surface area and high surface-charge density, the Fe and Mn compounds 
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are useful for retarding transport of inorganic contaminants in groundwater systems 
(Stipp et al.  2002  )  and to some extent for purifying the soil fi nes from heavy metals 
(Lombi et al.  2002,   2004  ) . Since Fe and Mn oxides are able to bind metals, the use 
of Fe- Mn rich materials could be appropriate to treat soils contaminated with toxic 
metals (McKenzie  1980 ; Mench et al.  1994 ; Puschenreiter et al.  2005  ) . 

 Natural Fe and Mn compounds in soils may display several features with a wide 
variety of sizes and shapes such as nodules, concretions, coatings, laths, spindles 
etc. (Latrille et al.  2001 ; Manceau et al.  2007  ) . Among them, a special place is occu-
pied by the group of Fe-Mn concretions and nodules due to the ability of their Fe 
and Mn oxides to concentrate and control the distribution and mobility of metals in 
soils (Childs  1975 ; Suarez and Langmuir  1976 ; Zaidelman and Nikiforova  1998  ) . 

 A number of investigations have focused on soil Fe-Mn concretions and nodules 
(Dawson et al.  1985 ; Palumbo et al.  2001 ; Liu et al.  2002  ) . Furthermore, several 
studies have shown the high adsorption capacity of soil Fe-Mn concretions and 
nodules for many toxic metal pollutants and in some cases they are considered the 
primary environmental material that controls metal dynamics in the soil system 
(Manceau et al.  2003 ; Gasparatos et al.  2005b ; Gasparatos  2007  ) . 

 This review was compiled in an effort to assess the general extent of scientifi c 
knowledge regarding the properties of Fe-Mn concretions and nodules and their role 
in the metals sequestration. A literature research was conducted in order to identify 
(a) the ability of Fe-Mn concretions and nodules on metals immobilization and 
(b) potentially viable  in situ  remediation technologies using the Fe – Mn oxides 
(main components of concretions and nodules) for soils where metals are the principal 
contaminants of concern. 

Atmosphere

Biosphere Hydrosphere

Lithosphere

Pedosphere
(Soils)

  Fig. 11.1    Schematic view of 
the soil as an “ecological 
crossroad” – it is the place 
where many kinds of 
interactions take place 
between solids (Lithosphere), 
liquids (Hydrosphere), gases 
(Atmosphere) and the biota 
(Biosphere) (Adapted from 
Lin et al.  2005  )        
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 Over 100 papers were reviewed and synthesized to summarize the geochemical 
role of Fe – Mn concretions and nodules to control metals dynamics in the soil 
system.  

    11.2   Redox Process and Environmental Issues 

 Redox-related environmental issues have increased in importance in the last decades. 
The importance of the redox potential, as a main biogeochemical variable, in con-
trolling the speciation and toxicity of a wide variety of elements have been recently 
reviewed (Borch et al.  2010  ) . Redox processes are chemical reactions that include a 
transfer of electrons and consequently a change in valence state of elements that are 
either oxidized to a higher valence state or reduced to a lower valence state. 

 Oxidation – reduction reactions in soils affect the biogeochemical cycles of many 
major and trace elements. Many elements can exist in nature in more than one 
valence or oxidation state. Elements that occur in more than one valence state in 
natural environments and may be present as contaminants are listed in Table  11.1 . 
The chemical speciation, bioavailability, toxicity, and mobility of these elements in 
the environment are directly affected by reduction and oxidation reactions. For 
example, Cr is insoluble (immobile) under reducing (anaerobic) conditions. In con-
trast, Fe and Mn are insoluble under oxidizing (aerobic) conditions but are quite 
soluble (mobile) under anaerobic conditions.  

 Environmental mobility of other potentially hazardous metals, such as Cd, Ni, 
and Zn, is indirectly related to redox conditions because these metals form ionic 
complexes and solid precipitates with redox-sensitive elements. 

 Redox conditions regulate many of the biogeochemical reactions in the soil system. 
However, in order to achieve these conditions a number of factors must be simulta-
neously fulfi lled in soil system (Trolard and Bourrie  2008  ) :

   excess of water;   –
  restriction of the oxygen sources;   –

   Table 11.1    Redox-sensitive 
elements potentially present 
as contaminants in the 
environment (Essington  2004  )    

 Elements  Redox state 

 Arsenic (As)  III, V 
 Nitrogen (N)  −III, 0, III, V 
 Carbon (C)  −IV to IV 
 Molybdenum (Mo)  III, IV, V, VI 
 Chromium (Cr)  III, VI 
 Selenium (Se)  −II, 0, IV, VI 
 Copper (Cu)  I, II 
 Sulfur (S)  −II to VI 
 Iron (Fe)  II, III 
 Vanadium (V)  III, IV, V 
 Manganese (Mn)  II, III, IV 
 Antimony (Sb)  III, V 
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  presence of bioavailable substrates as electron donors;   –
  temperature conditions favorable to microfl ora activity;   –
  presence of elements with changeable oxidation state as electron acceptors     –

 Electron donors in soils are: (a) organic matter and organic compounds and 
(b) reduced forms of inorganic compounds (Fig.  11.2 ). Electron acceptors are 
oxidized forms of inorganic compounds such as O 

2
 , NO  

3
  −  , Fe 3+ , Mn 4+  (Fig.  11.2 ). 

Anaerobic environments such as wetland soils are usually limited by electron accep-
tors especially  O  

2
  and have an abundant supply of electron donors. Once oxygen is 

consumed, alternative electron acceptors are used with the follow descending 
sequential order: NO  

3
  −  , Mn 4+ , Fe 3+ , SO  

4
  2−   and CO 

2
  (Vepraskas  2001  ) . Redox reac-

tions in soils are mainly controlled by microbial activity and the presence of a supply 
of carbon for the microbes; during respiration, these organisms use organic sub-
stances as electron donors (Fiedler et al.  2007  ) . There is a wealth of literature on 
specifi c research topics, as well as a comprehensive review specifi cally directed to 
the fi eld of organic matter dynamics in anaerobic soils like paddy soils (Kögel-
Knabner et al.  2010  ) .  

 The soil system is in a steady struggle between oxidation, driven by oxygen in 
the atmosphere and its diffusion in soil pores and water fi lms, and reduction, driven 
by organisms and organic matter availability. When a soil environment is converted 
form aerobic to anaerobic drastic changes occur. Prolonged anaerobic conditions 
change biogeochemical processes in the soil. The solubility of some compounds 
increase, nutrients can be leached out and toxic compounds may be formed. Both 
pH and redox potential have long been considered as critical parameters controlling 
the fate of pollutants in the environment, especially affecting the pollutants reactions 
on the soil–water interface (Davranche and Bollinger  2000  ) . 

  Fig. 11.2    Transformations of the redox sensitive elements under aerobic and anaerobic soil 
conditions       
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 Redox conditions of soil govern metals chemistry. Many important redox sensitive 
metals such as As Cr and Se undergo redox transformation and some metals such as 
Pb, Cd and Zn are affected indirectly form dissolution of Fe-Mn oxides. 

 Redox processes can play a role in soil remediation by either removing inorganic 
contaminants from soil solution or immobilizing them in the solid phase (fi xation) 
or enhancing mobility in the soil profi le so that the contaminants can be removed 
from the system. Thus the redox process may directly or indirectly lead to soil reme-
diation via: (a) changes in speciation to a lower toxicity (b) Solubility decrease to 
immobilize contaminants or solubility increase to leach out contaminants and 
(c) adsorption impacts on contaminant mobility. 

 Redox processes are also responsible for Fe and Mn segregation in the form of 
Fe–Mn oxide coatings or Fe-Mn concretions-nodules. Among natural particles, Fe 
and Mn oxides have long been recognized as playing an important role in control-
ling the cycling of nutrients and trace elements especially in seasonally saturated 
soil containing naturally high concentrations of trace metals (Chen et al.  2006  ) . 

 Several examples from the literature will confi rm that many studies has been 
dedicated to the development of the quantitative understanding of contaminant fate 
in fully aerobic soils (Alloway  1995  )  or permanently reducing subsurface environ-
ments (Reddy and Delaune  2008  ) . Far less research has addressed the biogeochemi-
cal functioning of environments characterized by fl uctuating redox conditions which 
lead to the formation of Fe-Mn concretions and nodules (Clausnitzer et al.  2003 ; 
Thompson et al.  2006 ; Gasparatos  2007  ) . An understanding of soil redox processes 
is crucial for predicting and protecting environmental health and can provide new 
opportunities for engineered remediation strategies.  

    11.3   Genesis and Properties of Pedogenic 
Fe-Mn Concretions and Nodules 

    11.3.1   Formation Process and Environmental Conditions 

 Since their discovery in marine sediments during the scientifi c expeditions of the 
H.M.S. Challenger, iron – manganese concretions and nodules have been studied in 
a wide range of natural geochemical systems. Fe – Mn concretions and nodules 
have been observed in oceans (Koschinsky and Halbach  1995 ; Banerjee et al.  1999  ) , 
lakes (Schwertmann et al.  1987 ; Belzile et al.  2001  ) , rivers (Halbach  1976  )  and soils 
(Palumbo et al.  2001 ; Cornu et al.  2005  ) . They are relatively common in soils through-
out the world and their presence became known in the late of 1930s with the classic 
work of Wheeting  (  1936  ) , Winters  (  1938  )  and Drosdoff and Nikiforoff  (  1940  ) . 

 Soil Fe-Mn concretions and nodules are discrete bodies formed in the soil system 
under alternating oxidizing and reducing conditions. These fi rm to extremely fi rm 
subrounded morphological features are formed by the processes of reduction, trans-
location, and oxidation of Fe and Mn (Zhang and Karathanasis  1997 ; Zaidelman 
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and Nikiforova  1997 ; Vepraskas  1999,   2001 ; Gasparatos et al.  2005b ; Chen et al. 
 2006 ; Zaidelman et al.  2009  ) . During wet periods, Fe(III) and Mn(III/IV) are 
reduced and dispersed throughout the soil matrix, while during drying periods when 
the soil environment becomes more oxidized and oxygen levels gradually increase, 
they reprecipitate lining or fi lling matrix pores. The concretions and nodules always 
have inclusions of the soil matrix and contain soil materials such as skeletal grains, 
clay minerals and pores cemented together under the infl uence of Fe and Mn oxides. 
Therefore Fe-Mn concretions and nodules are characterized by a greater concentration 
of Fe and Mn oxides than the surrounding soil matrix (Childs  1975 ; Sidhu et al. 
 1977 ; Ram et al.  2001 ; Gasparatos et al.  2004a ; Aide  2005  ) . 

 Different terms are often used in the literature to describe them as glaebules, 
septaria, gravels, ferricrete (Brewer  1964 ; Singh and Gilkes  1996 ; Matchavariani 
 2005  ) , but in recent years the terms concretions and nodules are longer accepted 
(King et al.  1990 ; White and Dixon  1996 ; Kanev and Kazakov  1999 ; Liu et al. 
 2002 ; D’Amore et al.  2004 ; Aide  2005  ) . 

 As noted by Vepraskas  (  1999,   2001  )  these terms have been used interchangeably. 
However recent studies have shown that as opposed to nodules, concretions have a 
distinct internal structure with well -expressed concentric rings around a point or 
plane, and, thus these two redoximorphic features refl ect different pedogenetic 
specifi cs which can describe the course of soil formation (Gasparatos  2007 ; Hickey 
et al.  2008  ) . Soil Fe-Mn concretions and nodules have been found to be widespread 
in soils with some internal drainage restrictions (Vidhana Arachchi et al.  2004 ; 
Zhang and Karathanasis  1997  )  and have been studied in different soil types (Cornu 
et al.  2005 ; Liu et al.  2002 ; Pai et al.  2003a,   b ; Palumbo et al.  2001 ; Latrille et al. 
 2001 ; Sanz et al.  1996  ) . 

 Soil Fe- Mn concretions and nodules formed gradually in the long-term soil pedo-
genetic processes and they refl ect the specifi c features of the current soil formation. 
Their shape, structure and elemental composition were the products of soil – forming 
and environmental conditions. Therefore the elemental composition and distribution 
characteristics within Fe-Mn concretions and nodules may refl ect their forming redox 
history of the pedoenvironment. However, the effect of concretion accumulations on 
soil chemical properties may be signifi cant at high concentrations, depending on the 
chemistry and mineralogy of their oxide components (Gasparatos et al.  2005b  ) .  

    11.3.2   Morphological Properties 

 Soil Fe- Mn concretions and nodules are morphological characteristics with signifi cant 
heterogeneity in relation to the surrounding soil material and can easily be isolated 
from it and even seen with the naked eye. There is wide variety in shape, colour and 
size depending on the soil properties and the conditions under which they formed. 

 Soil Fe-Mn concretions and nodules can occur in several forms, including spherical 
(Phillippe et al.  1972 ; Palumbo et al.  2001 ; Gasparatos et al.  2005b  ) , oval (Latrille et al. 
 2001  ) , subangular (Childs and Leslie  1977  ) , tubular (Gaiffe and Kubler  1992  )  and 
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irregularly shaped (Ojanuga and Lee  1973 ; White and Dixon  1996  )  with size ranging 
from a few millimetres (0.25 mm) up to some centimetres (4 cm). Several researchers 
are studying the size distribution of concretions and nodules in sand size fractions 
from 0.5 to 2 mm (Rhoton et al.  1991,   1993  )  and in gravel size fractions (>2 mm) 
(Zhang and Karathanasis  1997 ; Gasparatos et al.  2004a  ) . Their colour also varies 
considerably, with black (black, dark gray) and brown (brown, rusty) colour domi-
nating the majority of studies. Rhoton et al.  (  1993  )  found in Glossic Fragiudlafs, 
Fe-Mn nodules with dominant brown hue 7.5 YR. Liu et al.  (  2002  )  observed Fe-Mn 
nodules of reddish brown colour (2.5 YR 5/4) in an Orthic Agrudalf and Pai et al. 
 (  2003b  )  found Fe nodules in a colour range from reddish yellow to reddish brown 
in a Typic Paleudult. Manganese is the main factor affecting the colour of concre-
tions and nodules because of the dark colour of Mn oxides (Rabenhorst and Parikh 
 2000  ) . Generally the darker concretions and nodules appear to have higher Mn 
content than the red, yellow, orange and/or brown hues and high chromas which 
indicate dominance of Fe oxides (Phillippe et al.  1972 ; Sanz et al.  1996 ; Zhang and 
Karathanasis  1997 ; Ram et al.  2001  ) . 

 The morphology of the Fe-Mn concretions and nodules not only varies between 
soils but also between the horizons of the same soil profi le. Phillippe et al.  (  1972  )  
found that at the surface soil horizons in a hydrosequence spherical Fe-Mn concre-
tions prevailed whose shape became more irregular with increasing depth. 
Schwertmann and Fanning  (  1976  )  studying two hydrosequences in western Germany 
found that in soils with better drainage, Fe-Mn concretions exhibited an irregular 
shape, with moderate hardness, brown (rusty) coatings around a black core, while in 
soils with impermeable horizons, black spherical concretions with high hardness 
dominated in surface horizons. In Glossic Fragiudalfs, shape and size of Fe nodules 
is infl uenced by the position of the fragipan horizon in the soil profi le. The size of 
the nodules was larger and their shape changes gradually from sub-spherical to sub-
angular within and just above fragipan (Lindbo et al.  2000  ) . Gasparatos et al.  (  2004a, 
  2006  )  and Gasparatos  (  2007  )  studied Fe-Mn concretions and nodules from Alfi sols 
under the stereolight microscope. Fe-Mn concretions were somewhat spherical in 
shape and have a 10 YR 4/6 surface coating, encasing a very dark gray (N 3/0) core 
(Fig.  11.3a ) while Fe-Mn nodules show darker colours (Fig.  11.3b ).  

 Research on the role of Fe-Mn concretions and nodules in adsorption of metals 
has shown the need for the expansion of knowledge on the morphology and fabric 
characteristics of these soil constituents (Gasparatos et al.  2006  ) . A usually optical 
microscope observation shows that the concretions and nodules contain grains of 
primary minerals cemented with an ochreous – brown or dark matrix which consists 
by Fe – Mn oxides and clay minerals (Fig.  11.4 ).  

 Optical microscope observations showed that the Fe-Mn concretions have a 
differentiated fabric and more specifi cally a concentric internal structure in which the 
constituents are arranged in zones or bands around a nucleus, often a primary mineral 
grain or a void (Fig.  11.5 ) (Latrille et al.  2001 ; Gasparatos et al.  2006  ) . However, the 
degree of expression (number and thickness) of these concentric rings in individual 
concretions is quite variable. On the contrary Fe – Mn nodules lack well – developed 
bands and no visible zoning was observed by optical microscope (Fig.  11.6 ).   
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 Over the last 30 years the use of scanning electron microscopy (SEM) for 
micromorphological study of soils has become an important technique to assess the 
size, morphology, structure of soil minerals (primary and clay minerals) and their 
interaction with the soil solution (Sposito and Reginato  1992  ) . 

  Fig. 11.3    Spherical Fe–Mn concretions ( a ) and nodules ( b ) sample from Greek Alfi sols (Gasparatos 
 2007  )        
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 Analysis of Fe-Mn concretions and nodules using electron microscopy was 
originally based on the study of their morphology, their components at high magni-
fi cations as well as the qualitative elemental analysis (Cescas et al.  1970 ; Pawluk 
and Dumanski  1973  ) . Most recent studies includes the identifi cation of specifi c 

  Fig. 11.4    Thin section of Fe–Mn concretions and nodules viewed by optical microscopy. Their 
internal structure displays abundant primary mineral grains (Gasparatos  2007  )        

  Fig. 11.5    Photomicrograph showing Fe-Mn concretions from Greek Alfi sols characterized by a 
differentiated fabric (Gasparatos et al.  2006  )        
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minerals, quantitative elemental analysis and specifi cation of the structure of Fe-Mn 
concretions and nodules (White and Dixon  1996 ; Palumbo et al.  2001 ; Liu et al. 
 2002 ; Cornu et al.  2005 ; Gasparatos et al.  2005b ; Gasparatos  2007  ) . 

 SEM examination shows that Fe-Mn concretions exhibited a differentiated 
structure by well-expressed bands whereas Fe-Mn nodules a homogeneous fabric 
without any specifi c pattern (Palumbo et al.  2001 ; Liu et al.  2002  ) . Recently 
Gasparatos et al.  (  2005b  )  showed that Fe–Mn concretions have a distinctive concentric 
structure of alternating Fe- and Mn-rich zones (Fig.  11.7 ) while Fe-Mn nodules are 
characterized by homogeneous distribution of elements (Fig.  11.8 ). The concentric 
internal structure of the Fe-Mn concretions indicates a mode of formation in waves 
as the result of alternating wet and dry periods (Zhang and Karathanasis  1997 ; 
Gasparatos et al.  2005b  ) . Soil redox changes signifi cantly infl uence the geochemical 
behavior of Fe and Mn compounds which are reduced during wet periods and dis-
persed in pore waters, while they reprecipitate during dry periods, lining or fi lling 
soil pores. Contrasting Fe and Mn concentrations in concretions are attributed to the 
higher oxidation potential of Mn because of variations in the air movement into the 
soil pores imposing specifi c oxidation – reduction conditions (Huang et al.  2008 ; 
Aide  2005  ) . The repetition of these cycles leads to the development of an onion like 
internal structure of Fe-Mn concretions suggestive of seasonal growth (Manceau 
et al.  2003  ) . Each ring most likely represents the precipitation of soluble soil con-
stituents due to suitable local chemical conditions and a phase in the development 
of the accretionary material.    

  Fig. 11.6    Photomicrograph showing Fe-Mn nodules from Greek Alfi sols characterized by 
homogenous fabric (Gasparatos  2007  )        
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  Fig. 11.7    Representative SEM photomicrograph image showing the internal fabric of a Fe-Mn 
concretion sample and X-ray mapping of Fe, Si, Ti, Mn, Al and Mg (Gasparatos et al.  2005b  )        
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  Fig. 11.8    Representative SEM photomicrograph image showing the internal fabric of a Fe-Mn 
nodule sample and X-ray mapping of Si, Al, Mn, Fe, Ca and Na (Gasparatos  2007  )        

 



456 D. Gasparatos

    11.3.3   Mineralogical Composition 

 The mineralogical composition of Fe-Mn concretions and nodules is largely 
determined by the soil environment in which they are formed and the properties of 
their Fe – Mn oxides. Table  11.2  presents a literature review of the mineralogical 
composition of Fe-Mn concretions and nodules from various research papers 
published over the last 30 years.  

 The majority of studies have shown that the primary minerals of the Fe-Mn con-
cretions and nodules were quartz, feldspars and micas. The mineralogical similarity 

   Table    11.2    Literature review of the mineralogical composition of soil Fe – Mn concretions and 
nodules   

 Secondary minerals 

 Primary minerals  Clay minerals  Iron oxides  Manganese 
oxides 

 Gasparatos  (  2007  )   Quartz, albite  Illite, kaolinite, 
smectite 

 Goethite, 
ferrihydrite 

 Vernadite 

 Aide  (  2005  )   Quartz  –  Goethite, 
ferrihydrite 

 – 

 Cornu et al.  (  2005  )   Quartz, feldspars, 
micas 

 Kaolinite  Goethite, 
ferrihydrite 

 – 

 Vidhana Arachchi 
et al.  (  2004  )  

 –  Vermiculite, 
illite, 
kaolinite 

 Goethite  Lithiophorite, 
birnessite 

 Gasparatos et al. 
 (  2004a  )  

 Quartz, feldspars  Illite  Goethite, 
ferrihydrite 

 – 

 Liu et al.  (  2002  )   Quartz  Illite, kaolinite  Goethite, 
ferrihydrite 

 Lithiophorite, 
vernadite 

 Ram et al.  (  2001  )   Quartz, feldspars, 
micas 

 Kaolinite  Goethite, 
ferrihydrite, 
lepidocrocite 

  M anganite 

 Palumbo et al.  (  2001  )   Quartz  Kaolinite  –  – 
 Zhang and 

Karathanasis  (  1997  )  
 Quartz, micas  Kaolinite  Goethite  – 

 Sanz et al.  (  1996  )   Quartz, feldspars, 
micas, calcite 

 Chlorite  Goethite  Birnessite, 
vernadite 

 White and Dixon 
 (  1996  )  

 Quartz, micas  Smectite, 
kaolinite 

 –  – 

 Singh and Gilkes 
 (  1996  )  

 Quartz  Kaolinite  Goethite, hematite, 
maghemite 

 Rhoton et al.  (  1993  )   Quartz, feldspars  Vermiculite, 
illite, 
kaolinite 

 Goethite  – 

 Gaiffe and Kubler 
 (  1992  )  

 Quartz, musco-
vite, feldspars 

 Kaolinite  Goethite, hematite, 
maghemite 

 – 

 Sidhu et al.  (  1977  )   Quartz, feldspars  Illite  –  – 
 Childs  (  1975  )   Quartz, feldspars  –  –  – 
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between the Fe-Mn concretions and nodules and the surrounding soil matrix 
indicates their pedogenetic origin and their  in situ  formation due to cementation of 
soil materials by Fe and Mn oxides (Manceau et al.  2003 ; Gasparatos  2007  ) . The 
nature of Fe and Mn oxides in soil concretions and nodules is of great interest from 
the viewpoints of both pedogenesis and environmental chemistry. 

 The iron and manganese oxides in soil concretions have been reported to appear 
as x-ray amorphous or very poorly crystalline (Childs  1975  ) . In recent studies the 
main components of concretions where shown to be ferrihydrite and goethite or 
hematite with variable amounts of Al as substitutions (Liu et al.  2002 ; Cornu et al. 
 2005  ) . Gasparatos et al.  (  2004a  )  concluded that the Fe-Mn concretions from Greek 
Alfi sols are only enriched in thermodynamically unstable Fe oxides. The associa-
tion of the poorly crystalline goethite and ferrihydrite in the Fe-rich concretions of 
their study refl ect an environment containing Fe 2+ , oxidized in the presence of 
factors that inhibit or retard the transformation of the poorly crystalline oxides to 
more stable forms. Mn oxides were found to be fi ne-grained with relatively diffuse 
XRD peaks (Rhoton et al.  1993 ; Zhang and Karathanasis  1997 ; Cornu et al.  2005  ) . 
Because of their low degree of crystallinity it is diffi cult to distinguish Mn oxides in 
soil Fe-Mn concretions and nodules. However efforts combining x-ray diffraction 
techniques and selective dissolution procedures have been successful in identifying 
and characterizing Mn minerals like lithiophorite and vernadite (Liu et al.  2002 ; 
Tokashiki et al.  1986,   2003 ; Vidhana Arachchi et al.  2004  ) .  

    11.3.4   Geochemistry 

 The study of the geochemical composition of Fe-Mn concretions and nodules origi-
nally started with samples mainly from marine sediments (Li  1982  ) . The researchers 
found that the Fe-Mn nodules from the oceans contained signifi cant quantities of 
Ni, Cu and Co of economic value (Chauhan et al.  1994 ; Dutta et al.  2001  ) . The 
geochemical study of soil Fe-Mn concretions and nodules began in the mid 1970s 
(Childs  1975  )  and was expanded during the last decade (Ram et al.  2001 ; Cornu 
et al.  2005  ) . 

 Table  11.3  presents data of enrichment factor (EF) for each element which calcu-
lated as “element concentration in concretion-nodule/element concentration in 
surrounding soil” (Dawson et al.  1985 ; Gasparatos et al.  2004b  ) . The EF data show 
that the degree of enrichment varies from element to element, with lower values of 
Si, Al concentrations in the Fe-Mn concretions and nodules than the soil matrix 
(EF < 1). On the contrary, concretions and nodules are enriched 30–60 times in Mn 
with respect to the host soil. They are moderately enriched in Fe, whereas they are 
in most cases depleted in major alkaline earth metals (Ca and Mg). According to the 
data in Tables  11.4  and  11.5 , Fe-Mn concretions and nodules are composed mainly 
of Si, Al, Fe and Mn. Liu et al.  (  2002  )  showed that Si, Al, Fe, Mn, Ca, K and Ti were 
the main elements presents in Fe-Mn concretions and nodules isolated from a 
Chinese Alfi sol.    
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 Many studies have shown the general enrichment of Fe – Mn concretions and 
nodules in trace elements with respect to the surrounding soil matrix (Childs  1975 ; 
Sidhu et al.  1977 ; Dawson et al.  1985 ; Gasparatos et al.  2004b  ) . 

 For example, high enrichment factors were observed, in nodules from Sicilian 
soils for Mn (296), Co (93), Ce (45), Pb (31), Ba (18), Ni (17), Cd (15) and Fe (2.6) 
(Palumbo et al.  2001  ) . Figure  11.9  shows average enrichment factors of Ba, Co, Ni, 
Pb, Cr, Cu and Zn in the Fe-Mn concretions and nodules of different sizes from 
Greek soils (Gasparatos  2007  ) . The EF values vary from element to element and 
have a great range for elements such as Ba and Co.  

 Childs and Leslie  (  1977  )  found that in each case, the Fe-Mn concretions from 
soils in New Zealand had high concentrations of Fe, Mn, Ti, Co, S, P, Mo, Cu, V in 
relation to the surrounding soil mass. 

 Gasparatos et al.  (  2004b  )  show that the Fe-Mn concretions absorbed signifi cant 
amounts of metals and especially Pb and Cd from the soil system. According to the 
enrichment factors, the affi nity of metals for the concretions due to the charged 

   Table 11.3    A literature review of the enrichment factor (EF) for various elements in Fe-Mn 
concretions and nodules   

 EF 
Si
   EF 

Al
   EF 

Fe
   EF 

Mn
   EF 

Ca
   EF 

Mg
   EF 

K
   EF 

Na
  

 Tan et al.  (  2006  )   0.70  0.78  2.11  57.8  2.29  0.77  0.66  1.49 
 Palumbo et al.  (  2001  )   0.95  2.34  30.7  0.14  0.56  0.78  0.47 
 Zaidelman and Nikiforova  (  1998  )   0.80  0.80  5.9  30.0  1.1  0.70  –  – 
 Childs  (  1975  )   0.72  0.83  3.5  25.7  0.71  –  0.89  – 

   Table 11.4    Major (%) and trace element (ppm) composition of Fe- Mn concretions and nodules 
of different sizes from Greek Alfi sols (Gasparatos  2007  )    

 Fe-Mn concretions  Fe-Mn nodules 

 4.76–2.00 mm  2.00–1.00 mm  4.76–2.00 mm  2.00–1.00 mm 

 Total concentrations (%) 
 SiO 

2
   61.90  57.85  56.63  54.80 

 Al 
2
 O 

3
   10.50  10.45   9.88  11.22 

 Fe 
2
 O 

3
   12.30  16.55  10.15  10.30 

 MnO   1.82   0.70   5.17   5.05 
 CaO   0.57   0.58   0.60   0.70 
 MgO   0.95   1.00   1.06   1.30 
 K 

2
 O   1.70   1.57   1.80   1.70 

 Na 
2
 O   2.30   2.55   2.30   2.30 

 Total concentrations (ppm) 
 Ba  695–6,790  120–1,586  1,835–11,670  995–8,092 
 Co  191–622  115–226  786–1,198  595–1,280 
 Pb  302–395  350–640  375–735  450–943 
 Ni  201–592  186–332  506–1,874  515–3,360 
 Cr  155–351  337–529  144–230  188–302 
 Cu  35–48  35–67  41–96  54–97 
 Zn  80–244  87–109  80–161  84–526 
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surfaces of Fe and Mn oxides, follow the order Pb > Cd > Mn > Co > Ni > Fe. 
McKenzie  (  1980  )  also found adsorption of Co, Mn, Ni and Pb at the same order on 
nine synthetic Mn oxides. In Fe-Mn nodules form nine main soils in China, Pb, Cd, 
Ba and Co had high accumulation, Ni moderate accumulation and Cu, Zn accumulated 
to a minor degree (Tan et al.  2006  ) .   

   Table 11.5    Major (%) and 
trace element (ppm) 
composition of Fe- Mn 
nodules from a lateritic 
subsoil (Neaman et al.  2004  )    

 Element  Soil  Nodules 
 Enrichment 
factor 

 (%) 
 SiO 

2
   31.94  14.67  0.46 

 Al 
2
 O 

3
   27.98  12.55  0.45 

 Fe 
2
 O 

3
   18.36  41.88  2.28 

 MnO  0.91  13.00  14.29 
 MgO  0.20  0.22  1.10 
 CaO  <0.01  <0.01  – 
 Na 

2
 O  <0.01  <0.01  – 

 K 
2
 O  0.17  0.32  1.88 

 TiO 
2
   2.59  1.11  0.43 

 P 
2
 O 

5
   0.14  0.32  2.29 

 (ppm) 
 As  288  1,252  4.3 
 Ba  176  2,435  13.8 
 Cd  0.3  2.8  9.3 
 Co  24.3  216  8.9 
 Cr  296  2,771  9.4 
 Cu  57.5  333  5.8 
 Mo  22.6  130  5.8 
 Ni  60.6  419  6.9 
 Pb  32.9  357  10.9 
 Zn  103  273  2.7 

  Fig. 11.9    Average enrichment factors of elements in the Fe-Mn concretions and nodules of different 
sizes from Greek Alfi sols (Gasparatos  2007  )        
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    11.4   Role of Pedogenic Fe-Mn Concretions and Nodules 
in the Environmental Geochemistry of the Soil 

 Although signifi cant literature data exists on trace metals enrichment of Fe-Mn 
concretions and nodules, an effi cient and robust process for their sequestration, their 
geochemical speciation is still rather limited (Manceau et al.  2003 ; Marcus et al. 
 2004  ) . Researchers have often used total metal concentrations or chemical extrac-
tion techniques to provide some insight into metal speciation and bioavailability 
(Liu et al.  2002 ; Gasparatos et al.  2005b  ) . These techniques are among the most 
commonly used methods because of their simplicity and adaptability for routine 
estimation of metals in a large number of samples. For a more vigorous discussion 
of these see Ure and Davidson  2002 . However there are several reviews that report 
on the most signifi cant criticisms and pitfalls of the extraction methods of speciation 
(Pickering  1986 ; Nirel and Morel  1990  ) . Cutting-edge synchrotron-based tech-
niques such as extended X-ray absorption fi ne structure (EXAFS) spectroscopy, a 
surface variant (SEXAFS), X-ray absorption near edge structure spectroscopy 
(XANES, also called NEXAFS), X-ray microfl uorescence (  m  XRF) spectroscopy 
and X-ray microdiffraction (  m  XRD), have revolutionized our knowledge on metals 
reactions and have given detailed insights into metals phase association and specia-
tion in complex systems such as Fe – Mn concretions and nodules without disrupt-
ing the natural soil matrix (D’Amore et al.  2005 ; Vodyanitskii  2006  ) . 

    11.4.1   Iron 

 Iron is the fourth element by decreasing order of abundance in the terrestrial crust 
after O, Si, and Al. Being the most abundant transition metal on the Earth’s surface, 
Fe plays a particularly important role in environmental biogeochemistry (Borch 
et al.  2010  ) . The biogeochemical cycles of Fe oxides and trace metals are closely 
linked. An important geochemical feature of Fe-Mn concretions and nodules is their 
abundance of Fe, particularly in the form of secondary Fe (III) oxyhydroxides such 
as poorly crystalline goethite (a-FeOOH) and thermodynamically unstable Fe 
oxides like ferrihydrite (Liu et al.  2002 ; Gasparatos et al.  2004a ; Cornu et al.  2005  ) . 
Gasparatos et al.  (  2004a  )  found that the total Fe content of Fe-Mn concretions from 
Greece ranged from 14.98% to 16.53% (mean 15.96%) while 78% of the total Fe 
content in concretions existed in the form of Fe oxides minerals. Tan et al.  (  2006  )  
noted that the content of Fe in Fe-Mn nodules from China was 1.1–5.4 times greater 
than those in the corresponding soil matrix. 

 It is well known and established that Fe oxides have the capacity to sorb toxic 
metals (McKenzie  1980  ) . According to Aide  (  2005  )  iron concentrations of soil 
nodules from two Alfi sols show linear relationships with V, Cr, As, Se, Mo and Pb. 
Elements that form carbonates and hydroxide complexes and oxyanions were 
reported as preferentially bound to the slight positively charged FeOOH phases 
(Childs and Leslie  1977 ; Palumbo et al.  2001  ) . Chromium and vanadium often 
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occur in isomorphous substitution of Fe (III) in the crystal structure of Fe oxides 
(goethite, hematite). The chemical structure of many Fe oxides and particularly of 
amorphous Fe oxides precipitates (like ferrihydrite), which possess a large specifi c 
surface area, make them effi cient sorbents and therefore sinks for many cations. The 
metal ions can be sorbed on the surface or incorporated into the oxide structure 
(Schwertmann and Taylor  1989 ; Cornell and Schwertmann  1996  ) .  

    11.4.2   Manganese 

 The behaviour of Mn in soil is very complex and is controlled by different environ-
mental factors, of which pH-Eh conditions are the most important (Kabata-Pendias 
 2001  ) . The solubility of Mn is highly sensitive to redox condition. Manganese 
occurs in two oxidation states: Mn (IV), which is the most stable in neutral to 
slightly alkaline conditions, and Mn (II), which is stable in reducing conditions 
(Post  1999  ) . 

 Although the Mn (II) ion is readily soluble under reducing conditions, Mn is not 
very mobile, especially under oxidizing conditions, because Mn (IV) ions form 
insoluble hydrous oxides. 

 The properties of Mn oxides such as small crystal size, surface-active with 
large amounts of pH-dependent surface charges, very low zero point of charge 
(commonly <3), large surface areas (often near 200 m 2  g −1 ), and high oxidizing 
capacity have important geochemical implications (Post  1999  ) . 

 Manganese oxide minerals commonly occur in the environment as coatings and 
fi ne-grained aggregates (concretions and nodules). Although Mn is not quantita-
tively a dominant element (<0.1 wt.%) in the soil environment, the usually large 
adsorption capacities and scavenging properties of Mn oxide minerals provide one 
of the primary controls of metals in soil (LaForce et al.  1999 ; Vidhana Arachchi 
et al.  2004  ) . According to Vodyanitskii et al.  (  2004,   2009  )  when forming oxides in 
soils, Mn operates as an individual phase carrying metals contaminants and metal-
loids. Metals such as Cu, Co, Cr, Ni, Pb, and Zn associate to Mn oxides through 
coprecipitation and substitution so when Mn is reduced the solubility of Pb, Zn, Cu, 
and Ni increases. In general, the affi nity of metal ions for the surface of Mn oxides 
is: Pb > Cu > Mn > Co > Zn > Ni (McKenzie  1989  ) . Association of Co with Mn 
oxides was documented by Aide  (  2005  ) , Cornu et al.  (  2005  )  and Tan et al.  (  2006  ) . 
Childs  (  1975  )  reported that Co and Ba were associated with Mn-rich phases. 
Associations of Ba with Mn were reported by Ross et al.  (  1976  )  and White and 
Dixon  (  1996  ) . These metal contaminants absorbed on the Mn oxide minerals may 
be entrapped within concretions and nodules during Fe-Mn concretions and 
nodules. Mn oxides (birnessite, todorokite and lithiophorite) are important oxidants 
and Cr (III) oxidation to the more toxic Cr (VI) have been studied recently (Negra 
et al.  2005 ; Dixon and White  2002  ) . 

 The chemical similarity between Mn and Fe as the dominant redox-sensitive 
elements present in soil is refl ected in their common association in the Fe-Mn 
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concretions and nodules. The signifi cant negative relationship between Fe and Mn 
in soil concretions in many studies have shown that that while Fe may deposit on the 
Mn accumulations as well as on the purer Fe concentrations, Mn tends to deposit at 
sites where both Mn and Fe concentrations already exist (Fig.  11.10 ) (Sullivan and 
Koppi  1992 ; Gasparatos et al.  2005b  ) . Mn compounds oxidize Fe 2+  and infl uence its 
site of deposition (White and Dixon  1996  ) .  

 Because Mn is mobilized at higher pH’s and under less reductive environments 
compared with Fe it seem to concentrates at a faster rate than Fe as the concretion 
formation progresses. Thus at the late stage of concretion development the Mn 
supply is largely exhausted and the smaller concretions, which have formed more 
recently than the large ones, showed a higher Fe and lower Mn composition. 
These trends indicate that the formation and the development of concretions are a 
dynamic process that controls the translocation and transformation of Fe and Mn 
in the soil system.  

    11.4.3   Copper 

 Copper as the Zn, show low concentrations in Fe-Mn concretions and nodules as 
evidenced by the low values of enrichment factor for Cu (Palumbo et al.  2001 ; 
Cornu et al.  2005 ; Tan et al.  2006 ; Gasparatos  2007  ) . 

 Copper mobility is decreased by sorption to mineral surfaces. Cu 2+  sorbs strongly 
to mineral surfaces over a wide range of pH values. The majority of literature shows 
that Cu in Fe-Mn concretions and nodules associated with the Mn phases (Palumbo 
et al.  2001 ; Latrille et al.  2001 ; Liu et al.  2002  ) . Dawson et al.  (  1985  )  using micro-
analysis found that areas of Fe-Mn nodules rich in Mn had a higher content of Cu. 
However Mckenzie  (  1975  )  noted that Cu tended to be associated with Fe in the 
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  Fig. 11.10    Correlation of Mn with Fe in soil concretions from Greece (Gasparatos et al.  2005b  )        
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soils, but no correlations were found in the soil Fe- Mn nodules. More recently Sen 
et al.  (  2002  )  using batch adsorption studies showed that Cu 2+  adsorb more strongly 
on the naturally present colloidal fi nes, Fe oxide and kaolin than on the solid matrix 
(sand material).  

    11.4.4   Zinc 

 Low Zn content of Fe-Mn concretions and nodules has been found on a number of 
studies (Childs  1975 ; Palumbo et al.  2001  ) . Gasparatos  (  2007  )  found that the enrich-
ment factor for Zn has the lowest values among metals, ranging from 1.60 to 1.85 
for concretions and from 1.6 to 1.96 for nodules. These results shown that despite 
the high affi nity of Zn for Fe-Mn oxides, it is weakly partitioned into Fe-Mn concre-
tions and nodules. The low content of Zn in concretions and nodules may be due to 
their strong presence in different soil mineral phases such as clay minerals (Childs 
 1975  ) . Apart from reversible adsorption by cation exchange mechanisms, Zn can 
also be sorbed in clay minerals irreversibly by lattice penetration. The latter mechanism 
leads to Zn fi xation in excess of the cation exchange capacity and may be due to 
sorption of Zn in a hydrolysed form and precipitation of Zn(OH) 

2
 . Recently Neaman 

et al.  (  2004  )  studying Fe-Mn nodules from a lateritic soil in northern Brazil failed 
to fi nd any correlation between Fe – Mn oxides and Zn. Manceau et al.  (  2003  )  with 
the synergistic use of three noninvasive synchrotron-based techniques: X-ray micro-
fl uorescence ( m XRF), X-ray microdiffraction ( m XRD), and extended X-ray absorp-
tion fi ne structure spectroscopy (EXAFS) found that Zn in Fe-Mn nodules is bound 
to four different crystalline phases, in goethite, lithiophorite, phyllosilicates, and the 
Mn oxide birnessite. Therefore despite the strong tendency of the Fe and Mn 
oxides to bind and immobilize Zn, partitioning in Fe-Mn concretions and nodules 
is very low.  

    11.4.5   Cobalt 

 High concentrations of Co (~1,000 ppm) were found in Fe-Mn concretions and 
nodules from many parts of the world (Palumbo et al.  2001 ; Liu et al.  2002 ; 
Gasparatos  2007  ) . 

 Cobalt is one of the elements most strongly concentrated in marine ferromanga-
nese nodules that can contain up to several weight percent of Co. Pedogenic Fe-Mn 
concretions and nodules are characterized by much lower concentrations although 
they are always enriched in relation to the surrounding soil matrix. Recently 
Gasparatos et al.  (  2004b  )  found that the Fe-Mn concretions from Central Greece are 
enriched in Co approximately eight times in relation to the soil. There has been a 
considerable debate whether Co is associated with Mn or Fe. Palumbo et al.  (  2001  )  
found that Co was not very clearly associated with either Mn or Fe phases in 
ferromanganese nodules from soils of Italy. Other studies have shown a close 
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relationship between Mn and Co in the nodules (McKenzie  1989 ; Neaman et al. 
 2008  ) . In many studies the distribution of Co in Fe-Mn concretions and nodules 
follows that of Mn and shows that the concretions rich in Mn are also enriched in 
Co. These fi ndings are consistent with the results of Sidhu et al.  (  1977  )  that have 
shown an increase in Co contents with increasing concretion size in soils of India. 
An explanation for the strong accumulation of Co in to soil concretions and nodules 
is based in the oxidation of absorbed Co(II) to Co(III) on Mn oxides and incorpora-
tion into the Mn oxide mineral structure (Burns  1976  ) . Absorbed Co(II) is oxidized 
either by oxide-bound Mn(IV), oxide-bound Mn(III), or by O 

2
  directly to produce 

Co(III) and Mn(II) or Mn(III). The reduced Mn (II,III) is replaced in the Mn oxide 
mineral structure by Co(III), and subsequently Mn either released to solution or sorbed 
by the oxide surface. Recently Manceau et al.  (  1997  )  using spectroscopic methods 
showed that Co substitutes for up to 6% of structural Mn in synthetic birnessite.  

    11.4.6   Nickel 

 Nickel can occur in a number of oxidation states, but only Ni (II) is stable in the pH 
and redox conditions found in the soil environment (McGrath  1995  ) . Several studies 
have shown the strong geochemical affi nity of Ni for Fe-Mn concretions and nodules 
(Palumbo et al.  2001 ; Liu et al.  2002  ) . Gasparatos  (  2007  )  found that the contents of 
Ni in Fe-Mn concretions from Greece ranged from 186 to 592 ppm with an overall 
mean 312 ppm. These values compare favorably with those from Indian, Sicilian 
and French soils (Sidhu et al.  1977 ; Palumbo et al.  2001 ; Latrille et al.  2001  ) . 
Literature data demonstrated that as for Co, high Ni content in concretions and 
nodules is mostly observed in the Mn rich phases while low Ni content is observed 
in the concretions where Mn content is low or in other words where Fe predominated 
over Mn (McKenzie  1975 ; Sanz et al.  1996  ) . In that case the enrichment of Ni may 
be though to be due to its adsorption as Ni (II) on the negatively charged surface of 
Mn oxides (specifi c adsorption). Recent studies using synchrotron based spectro-
scopic techniques such as extended X-ray absorption fi ne structure (EXAFS) spec-
troscopy have shown the preferential uptake of Ni by birnessite and not ferrihydrite 
supporting the strong affi nity of Ni for Mn oxides which is interpreted by the formation 
of a pH-dependent inner sphere sorption complex (Manceau et al.  2007  ) . In addition, 
Manceau et al.  (  2002  )  show that in soil ferromanganese nodules, Ni substitutes for 
Mn 3+  in the manganese layer of the MnO 

2
 -Al(OH) 

3
  mixed – layer oxide lithiophorite.  

    11.4.7   Lead 

 Lead is a widespread pollutant in the soil environment with a long residence time 
compared with most other inorganic pollutants. It is not sensitive to oxidation-reduction 
over the normal range of Eh and pH values of soils and the geochemical behaviour 
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is dominated by the divalent cation Pb 2+ . Many laboratory experiments have demon-
strated the strong affi nity of Pb for both Fe and Mn compounds (Sauvé et al.  2000 ; 
Businelli et al.  2003  ) . Fe and Mn compounds sorb Pb 2+  via formation of inner-
sphere sorption complexes (Scheinost et al.  2001  ) . In soils with low organic matter 
these process seems to be the major mechanism controlling the fate and transport of 
Pb into the aquatic environments and the biota. Fe-Mn concretions and nodules as a 
complex Fe (III) and Mn (III/IV) mixture accumulate large amounts of Pb. 

 Gasparatos  (  2007  )  found that the contents in Pb of soil Fe – Mn concretions and 
nodules ranged from 302 to 634 ppm with an overall mean 407 ppm. These total Pb 
concentrations in Greek Fe-Mn concretions are comparable with those measured by 
Palumbo et al.  (  2001  )  in Italy (range 60–1,181 ppm, mean 657 ppm) but lower than 
those by Latrille et al.  (  2001  )  in France (range 61–3,200 ppm, mean 1,234 ppm). 
However, there remains some uncertainty about the roles of Fe oxides vs Mn oxides 
in controlling the adsorption of Pb to these natural heterogeneous soil constituents. 
Indeed, some researches reported that the Fe-oxides were the single most important 
determinant of Pb adsorption in soil concretions and nodules (Latrille et al.  2001  )  
while others indicated that the role of Mn-oxides was more signifi cant (Liu et al. 
 2002 ; Cornu et al.  2005  ) . 

 Recently Hettiarachchi et al.  (  2000  )  evaluated the effects of P and Mn oxide on 
bioavailable Pb in fi ve metal-contaminated soils or mine spoils from Kansas and 
Missouri. Cryptomelane was used as the representative Mn oxide with nine different 
treatments. The addition of P or cryptomelane reduced bioavailable Pb in all fi ve 
materials. Nevertheless, the addition of P and cryptomelane together was more 
effective in reducing bioavailable Pb than the addition of either amendment alone in 
all materials.  

    11.4.8   Chromium 

 Chromium, a redox sensitive contaminant in soils and water, poses a serious threat 
to humans, plants and animals. Chromium has a broad range of oxidation states 
(from −2 to + 6), but only the + 3 and + 6 states are stable under most conditions of 
the surface environment. The two oxidation states of Cr have very different chemical, 
biological, and environmental properties: Cr(VI) is both highly soluble and toxic to 
plants and animals, yet Cr(III) is relatively insoluble and an essential micronutrient 
(Fendorf  1995  ) . Recently Cr-contaminated soils from three sites in Wisconsin were 
analyzed for the speciation of Cr with X-ray absorption near-edge structure 
(XANES) spectroscopy. In most samples, less than 10% of the total Cr was present 
as Cr(VI) (Szulczewski et al.  1997  ) . 

 The environmental parameters that most signifi cantly affect the speciation of Cr 
in soil environment are the presence of other components like organic matter, 
hydrous metal oxides, redox potential and pH. A number of studies focusing on the 
important role of Fe and Mn oxides in Cr dynamics in the soil system were carried 
out mostly on synthetic geochemical systems. 
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 Recently,    Gasparatos (2007) found that total Cr in Fe-Mn concretions ranged 
from 155 to 529 ppm with an overall mean of 353 ppm while total Cr in Fe-Mn 
nodules ranged from 144 to 302 ppm with an overall mean 212 ppm. These values 
are signifi cantly higher than those mentioned in the literature such as Tan et al. 
 (  2006  )  (44.6 ppm), Aide  (  2005  )  (<100 ppm), and Latrille et al.  (  2001  )  
(119 ppm). 

 Gasparatos  (  2007  )  also found a statistically signifi cant positive correlation 
between the concentration of Fe and Cr in Fe-Mn concretions from Greece, which 
is described by the following equation:

    = - = <2
Cr FeY 0.0088X 487.44 (r 0.77,  p 0.001)     

 A strong similar linear association of Cr with Fe presented also by Aide  (  2005  )  
for Fe-Mn nodules from two Alfi sols with imperfect drainage (Albaqualfs and 
Natraqualfs), described by the equation:

    = + =2
Cr FeY 4.68X 6.27 (r 0.81)     

 Chromium adsorption likely involves isomorphic substitution of Cr 3+  with Fe, 
whereas Cr 

2
 O  

4
  2−   adsorption may also be expected. Tzou et al.  (  2003  )  indicate that 

the Fe oxide surfaces are important for adsorption of Cr and are widely used in studies 
remediation of soil contaminated with Cr.  

    11.4.9   Arsenic 

 Arsenic is a naturally occurring toxic element and its toxicity, mobility and bioavail-
ability in soil are highly dependent on pH and redox potential. Two inorganic forms 
of As, arsenite (As[OH] 

3
 ) and arsenate (H 

2
 AsO  

4
  −   and HAsO  

4
  2−  ), are the main spe-

cies in soils. Arsenite is commonly the dominant species in moderate to strongly 
anoxic soil environments and is much more toxic, soluble and mobile than the 
oxidized form, arsenate (Aide  2005  ) . Several studies using pure synthetic materials 
have shown the strong geochemical affi nity of As for Fe-Mn oxyhydroxides 
(Sun et al.  1999 ; Manning et al.  2002  ) . However few papers have focused on the 
environmental fate of As in relation to pedogenic Fe-Mn concretions and nodules. 

 Aide  (  2005  )  found a statistically signifi cant positive correlation between the con-
centration of Fe and As in Fe-Mn nodules from two Alfi sols on an alluvial terrace 
in Missouri. Neaman et al.  (  2008  )  using electron probe microanalysis concluded 
that As were mainly present in Fe-oxides in local concentrations up to 13,300 ppm 
in nodules collected from a tropical soil in Northern Brazil. 

 In batch experiments, As adsorbed by a Fe-Mn nodule sample decreased with pH 
in the pH range 6–8 and increased with As addition up to a plateau. In addition As 
speciation analysis and reductive dissolution of metal oxides proved that almost all 
the arsenite added to untreated Fe-Mn nodule material was oxidized by manganese 
oxides (Chen et al.  2006  ) . 
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 The map of the distribution of As in the soil nodules from the Morvan Region in 
France was determined with the aim of X-ray synchrotron microfl uorescence analysis 
( m SXRF) (Manceau et al.  2002  ) . The As was highly correlated with Fe, such that 
the As/Fe ratio was roughly the same everywhere in the nodule.   

    11.5   Application of Pedogenic Fe-Mn Concretions 
and Nodules to Remediating Metal Contaminated Soils 

 Remediation technologies for metal contaminated soils primarily aim at reducing the 
risks for human health, i.e. reducing the transfer of contaminants into the food chain or 
to surface and ground waters. One approach to the  in situ  remediation of soil contami-
nated with potentially toxic elements is the application of a sorptive mineral, intended 
to lower the soluble fraction of the element and thus reduce uptake by plants. 

 Many of the amendments used in soil stabilization are by-products of industrial 
activities, and are therefore inexpensive and available in large amounts. Overviews on 
previously successfully applied amending agents and their effectiveness for different 
metals have been given by Knox et al.  (  2001  )  and Puschenreiter et al.  (  2005  ) . 

 Amendments that provide sorption sites that have a strong affi nity for trace metals 
have been shown to effectively stabilize metals in soils by limiting the soluble fraction 
of the metals in the soil matrix. Many reports also indicated that application of Fe 
and/or Mn in a variety of forms (e.g., hydrous oxides, steel shot, steel sludge, fur-
nace slag, and zero-valent iron) mixed into contaminated soils could reduce the 
leachability, bioaccessibility, and phytoavailability of Pb, Cd, and Zn (McKenzie 
 1980 ; Chen et al.  2000 ; Hettiarachchi and Pierzynski  2002 ; Mench et al.  1994  ) . 
Brümmer et al.  (  1986  )  described the importance of Fe hydroxides, especially at 
neutral to slightly alkaline pH, in lowering the metal content in the soil solution. The 
soluble and exchangeable fractions of Cd, Ni, and Zn in two contaminated soils 
were decreased by the application of hydrous Fe oxides. Contin et al.  (  2008  )  found 
that a treatment consisting of repeated cycles of FeSO 

4
  added in solution and 

followed by rapid air drying and appropriate pH corrections, is able to progressively 
immobilize toxic metals into precipitated Fe (hydr)oxides. 

 Due to their high sorption capacity for metals, Fe oxides have been widely sug-
gested as amendments for heavy metal contaminated soils. Their sorption capacity 
varies with pH and depends on the Fe – Mn minerals. Mn oxides are less abundant 
in soils than Fe oxides but have been proven to be more reactive components in soil 
system. This is because their point of zero charge (PZC) is low, varying from 2 to 5 
(McKenzie  1989  ) , compared to that of Fe oxides ranging from 6.8 to 8 (Childs and 
Leslie  1977  ) . Thus, Mn oxides have a negative surface charge at pH values usually 
encountered in soil. This favours adsorption of metal contaminants at their surface 
(Cornu et al.  2005 ; McKenzie  1989  ) . 

 Although the most effi cient and durable process responsible for metal contami-
nants sequestration in soils is the formation of Fe-Mn concretions and nodules their 
use as environmental materials poses a challenge. From a geochemical point of 
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view, Fe-Mn concretions and nodules represent reactors at which the migration of 
metal contaminants is sharply retarded (Timofeeva and Golov  2007  ) . Adsorption 
and precipitation (formation of multilayered solid species on the oxide surface) are 
the two most common processes for metal ion deposition in this complex natural 
matrix. These factors were able to retard the cycling of metal contaminants and 
played an important role in purifying the soil system. The accumulation of metals in 
the Fe-Mn concretions and nodules is accompanied by a sharp decrease of their 
availability. Weakly hydrolyzed cations (e.g. Co, Ni, Cu, Pb etc.) are strongly 
adsorbed on oxide surfaces via deprotonation of the surface hydroxyl groups. 

 The redox cycles are important in soils which are subjected to fl ooded and non 
fl ooded periods. Reduction of Fe (III) and Mn (IV) oxides surfaces increases their 
specifi c surface area thereby increasing temporarily their capability of sorption 
(McBride  1994  ) . The re-precipitation of re-oxidized Fe and Mn during oxidation 
phenomena occludes the sorbed metals within the mineral, virtually forbidding the 
possibility of interaction with the aqueous phase (Contin et al.  2007  ) . An onion 
shell-like mechanism of physical sequestration of this kind was demonstrated by 
Palumbo et al.  (  2001  )  and Gasparatos et al.  (  2005b  ) , for Fe-Mn concretions. A well-
defi ned banded internal structure of the Fe-Mn concretions is consistent with 
relatively slow accretion rates that provide ample opportunity for adsorption of 
heavy metals. In contrary the undifferentiated structure of Fe-Mn nodules refl ects a 
rather rapid accretion rate with minor adsorption of metals. 

 However the changeable nature of soil environment can provoke reductive 
dissolution of Fe – Mn oxides thereby releasing of metals bound to them into the 
soil solution. Cornu et al.  (  2009  )  investigating the dynamics of Fe–Mn nodules and 
two associated trace elements, Co and Pb, under controlled redox conditions in a 
column experiment showed that Pb would not be released from soil during nodule 
dissolution, whereas Co, which is less toxic, would be released. According to 
Davranche and Bollinger  (  2000  )  the remobilization of metals was dependent on the 
crystalline state of the solid and on metal/solid adsorption or precipitation. 
Nevertheless, Fe-Mn concretions and nodules as indurated precipitates are very 
stable during pedogenesis and thus therefore can be used as reliable geochemical 
barriers for metal contaminants in the soil system (Gasparatos  2007  ) .  

    11.6   Conclusions 

 Redox reactions can play a signifi cant role in modifying metal contaminants solubility 
and availability. The literature review indicates that the formation of Fe-Mn concre-
tions and nodules, as the major depositional form of Fe and Mn oxides in terrestrial 
ecosystems, is the most effi cient and durable process for metals sequestration in soils 
with alternating redox issues. Since the formation of soil concretions and nodules has 
a potential benefi cial effect on metal contaminants availability, the application of these 
environmental materials as geochemical reactors to improve the effi ciency of  in situ  
technologies for remediating metal contaminated soils is strongly recommended.      
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  Abstract   The name Arsenic is derived from the Greek word  arsenikon,  meaning 
potent. This element occurs in the ecosystem in different oxidation states of which 
As(III) and As(V) are most common to humans, animals, plant species. As is pres-
ent in drinking water and soil from natural sources as well as a pollutant from agri-
cultural and industrial processes. Differences in arsenic uptake by different plant 
species is controlled by many factors such as root surface area, root exudates, and 
rate of evapotranspiration. Some plant species have high affi nity to accumulate arse-
nic in tissues above ground. Hyperaccumulator plants have a threshold arsenic con-
tent above 1,000  m g g −1  DM. 

 We review bioremediation studies with especial emphasis on biosorption research 
on different arsenic species, plants and their biomass, agricultural and industry 
wastes, as well as the biomass of some fungi species. Bioremediation is considered 
as an alternative technique for the removal of As in groundwater. One of the popular 
methods among bioremediation techniques, phytoremediation uses living plants to 
remove arsenic from the environment or to render it less toxic, in bioaccumulation 
processes. Phytoremediation techniques often do not take into account the biosorp-
tion processes of living plants and plant litter. In biosorption techniques, contaminants 
can be removed by a biological substrate as a sorbent such as bacteria, fungi, algae 
or vascular plants. Bioremediation assures in situ treatment of polluted soils. 
Biosorption characteristics, equilibrium and kinetics of different biosorbents have 
also been addressed here. Evaluation of the current literature suggests that arsenic 
bioavailability and molecular level phytoremediation processes in bioremediation 
are crucial for designing phytoremediation technologies with improved, predictable 
remedial success.  
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  Keywords   Arsenic toxicity  •  Phytoremediation  •  Bioconcentration  •  Biosorption  
 Cell interaction  •  Biosorbents  •  Metabolic processes  •  Root accumulation  
 Bioavailability  •  Antagonism  •  Synergism  •  Apoplast  •  Transfer coeffi cient (TC)  
 Passive uptake  •  Bioconcentration factor (BCF)  •  CF  •  BF  •  Phytomixing  
 Rhizofi ltration  •  Phytovolatilization  •  Hydrolic barriers  •  Bio-oxidation  
 Biomethylation  •  Phytoextraction  •  Phytostabilization      

    12.1   Introduction 

 Arsenic (atomic number 33) is an ubiquitous element in the ecosystem. Its toxicity has 
been known from ancient times. Man has lived with this element for thousands of years 
and will have to live with it for thousands more. However, during the last three decades, 
high concentrations of arsenic in groundwater have been reported in different regions 
of the world such as the Bengal Delta (   West Bengal-India and Bangladesh), (>0.05–
3,200 mg·L −1 ), (Mandal et al.  1996 ; Bhattacharya et al.  1997 ; Chowdhury et al.  2000  ) , 
Madhya Pradesh (Pandey  2000 ; Pandey et al.  1999,   2009  ) , and many countries such as 
China, Inner Mongolia, Iran, USA, Argentina and Canada (WHO  2001 ; ATSDR  2007 ; 
Bhattacharya et al.  2002 ; Smedley and Kinniburgh  2002 ; Bundschuh et al.  2009  ) . 

 Various techniques have been developed for arsenic removal from aqueous sys-
tems such as precipitation, adsorption, membrane processes, coagulation-fi ltration, 
ion exchange, nano fi lter and low cost fi lters such as sand fi lter unit, ALCAN fi lter, 
Bishuddhya fi lter, SORAS method, three-pitcher fi lter and so on. Of these, sorption 
from solution has received more attention due to its high effi ciency. However, due 
to high maintenance costs the use of adsorbents and disposal by phytoremediation 
has been cited as a promising approach to arsenic removal. 

 In this study, we present an overview of: (1) environmental behaviour of arsenic 
in relation to plant-soil and plant-water systems, (2) arsenic compounds in plant cell 
interactions, focussing on the principal biological process (bioaccumulation and 
translocation of arsenic), (3) phytoremediation as a bio-remediation technique for 
arsenic removal, and (4) research carried out on plant and fungi materials useful as 
biosorbents. Phytoremediation techniques usually do not consider the biosorption 
processes of living plants and their dead and decaying parts. Combining bioaccu-
mulation and biosorption may improve the effectiveness of arsenic remediation 
techniques and may reduce the disposal problem of arsenic adsorbed material. 
However further studies are needed for the development of the methodology and to 
enhance its cost effectiveness.  

    12.2   Soil/Water – Plant Interaction 

 Inorganic arsenic (arsenate and arsenite) is highly toxic to plants because it detaches 
phosphoryzation and inhibits phosphate uptake. At higher concentrations, arsenic 
interferes with plant metabolic processes and reduces their growth. Under certain 
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conditions it may lead to plant death (Dermatas et al.  2004  ) . The sensitivity of plants 
to arsenic appears to be determined by the absorption ability of the plants or non-
translocation of arsenic to shoots. Beans and other legumes are amongst the most 
sensitive plants to arsenic toxicity (NRCC  1980  ) . The arsenic toxicity threshold 
limit for most plants is 40 and 200 mg·kg −1  in sandy and clay soils, respectively 
(Tu and Ma  2002  ) . However, it is important to understand that possible toxicity of 
arsenic depends on its species, and it has been documented that 1 mg L −1  soluble 
arsenic causes damage to plants such as cow peas and barley (Mok and Wai  1994  ) . 

 Plants can be classifi ed into three basic groups based on the growth in contami-
nated soil: excluders, indicators, and accumulators (Baker  1981 ; Prasad  2008  )  and 
they have shown four different conceptual strategies of trace element concentra-
tions in plant crops in relation to the increasing of total metal/loids concentrations 
in the soil. 

    12.2.1   Excluders 

 Arsenic excluders restrict uptake and translocation of arsenic to the shoots. They 
may prevent or retain low, constant arsenic concentration in shoots over a wide-
ranging arsenic concentration in the soil solution. Indicator plants can actively accu-
mulate trace elements in their aerial tissues and generally refl ect metal levels in the 
soil. They tolerate the existing concentration level of metals by producing intracel-
lular metal binding compounds (chelators), or alter arsenic compartmentalization 
by storing metals in non-sensitive plant parts,  Bidens pilosa  (Sun et al.  2009  ) .  

    12.2.2   Accumulators 

 Accumulator plants uptake and translocate arsenic to shoots without toxic symp-
toms (Ross and Kaye  1994 ; Prasad  2008  ) . Mention has been made of “root accumu-
lators”, which have higher arsenic concentration in roots than in shoots,  Carex 
rostrata ,  Eriophorum angustifolium ,  Phragmites australis , and  Salix  sp (Stoltz and 
Greger  2002a,   b,   2006a,   b,   c  )  and also it has been pointed out that spontaneous veg-
etation species covered the large toxic mine spill contaminated areas in Spain (Del 
Rio et al.  2002  ) . The most arsenic tolerant species were  Amaranthus bilitoides  
(0.8–120 mgAs·kg −1 DM),  Chamaemelum fuscatum  (7–23 mg As·kg −1 DM), 
 Convolvulus arvensis  (0.1–26 mg As·kg −1 DM),  Cynodon dactylon  (0.2–40 mg 
As·kg −1 DM), and  Malva nicaensis  (1–28 mg As·kg −1 DM). 

 Hyperaccumulator plants are an extreme form of accumulators (Brooks et al. 
 1977  ) . They can take up and accumulate toxin arsenic up to 1,000 mg·kg −1  shoot 
DM, and concentrate more than 2.3% arsenic in above ground biomass, an example 
of these being Chinese brake fern ( Pteris vittata ) (Porter and Peterson  1975 ; Kramer 
 2000 ; Ma et al.  2001  ) .   
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    12.3   Factors Affecting Arsenic Uptake by Plants 

 The main soil factors affecting arsenic transfer from soil particles to the plant roots 
are: arsenic ion concentration in solution, bioavailability of arsenic, mass fl ow with 
soil solution, decrease in soil pH, soil sorption/desorption ratio, decrease in redox-
potential, solubilization, co-precipitation, microbial activity, interaction with other 
ions (Fig.  12.1 ).  

 Ion interactions within plants are divided into three categories: (i) addition, when 
there is no effect on plant uptake and metabolism; (ii) antagonism, when ions com-
pete with arsenic ions, and/or have taken the same transfer paths (phosphates, Ca + , 
Cd 2+ ), and (iii) synergism, when other ions multiplies the stress on the plants 
(Siedlecka et al.  2001 ; Sun et al.  2009  ) . In the presence of Cd, an inhibitory effect 
on arsenic absorption by the plant was also mentioned in the literature. The coexis-
tence of Cd and arsenic decreased the ion activity on the root surfaces, while con-
centration of arsenic in shoots increases with increasing Cd in soil (Sun et al.  2009  ) . 
Warren and Alloway  (  2003  )  described 11% reduction in arsenic uptake by lettuce 
( Lactuca sativa ) after ferrous oxides soil amendment. 

 The geochemical behaviour of arsenic and phosphate are fairly similar, and the 
uptake of arsenate through the phosphate uptake system is well documented for 
different plants including angiosperms (Asher and Reay  1979 ; Ullrich-Eberius 
et al.  1989 ; Mehrag and Macnair  1990 ; Pickering et al.  2000  ) , mosses (Wells and 
Richardson  1985  ) , and lichens (Nieboer et al.  1984  ) . It is known that phosphates 
compete with arsenates for the same uptake system via root plasma membranes 
(Mehrag and Macnair  1990,   1992  ) . This competition is sensitive in sandy topsoil 
containing organic compounds. 

 Phosphate addition to the media suppressed arsenic uptake and its bioaccumula-
tion (Barrachina et al.  1995 ; Creger and Peryea  1994 ; Meharg and Hartley-Whitaker 

  Fig. 12.1    Arsenic and arsenic compounds in the soil-plant system       
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 2002 ; Hoffman et al.  2004 ; Mkandawire et al.  2005  ) . However Peryea  (  1998  )  
reported that phosphate can stimulate arsenate desorption from soil by increasing its 
bioavailability, and also by increasing its water solubility. Phosphates can also 
reduce toxic effects of arsenate in the plant tissues (Low and Lee  1990 ; Boisson 
et al.  1999 ; Fayiga and Ma  2006  ) . The phosphorous to arsenic affi nity of vascular 
plants is calculated as the discrimination ratio of 4:1 by Naidu et al.  (  2006  ) .  

    12.4   Phytoremediation Processes 

    12.4.1   Transfer of Arsenic Ions from Bulk Soil to the Root 
Surface – The Plant Factor 

 Some plants have the capacity to alter their membrane permeability, change the 
metal binding capacity of cell walls, or exude various quantities of chelating sub-
stances from the roots to enhance or prevent uptake of elements (e.g. Greger  2008  ) . 
The bioavailability of arsenic depends on root uptake from the bulk soil. Adsorption 
depends on root excretions, as well as on symbiotic microorganisms (bacteria and 
mycorrhizal fungi). Interactions between roots and bacteria may impact arsenic 
uptake (Asher and Reay  1979 ; Burd et al.  2000  ) . 

 Two passive, non-metabolic mechanisms are responsible for arsenic transport 
from the bulk soil to plant roots and these are: mass fl ow and diffusion (Fig.  12.2 ). 
These processes take place when trace elements are present in the rhizosphere in 
high concentrations.  

 The physiological role of hyperaccumulators in the rhizosphere has been described 
in recent literature (Lasat  2002 ; Wenzel et al.  2003 ; Rajkumar and Freitas  2008  ) . A 
number of studies were focused on metal resistant plant growth-promoting bacteria 
streams (Burd et al.  2000 ; Faisal and Hasnain  2005 ;    Zhao et al. 2009). Certain micro-
organisms enhanced transformation of trace elements by means of various mecha-
nisms including methylation, demethylation, complex formation, oxidation (Alexander 
 1999 ; Adriano et al.  2004 ). However, at present the mechanisms of monomethylar-
sonic acid and dimethylarsinic acid uptake by plant roots are unknown. 

  Fig. 12.2    Active and passive cell processes of the trace elements uptake by plants       
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 Plants use three separate systems to take up arsenic, (1) passive uptake through 
the apoplast, (2) direct transcellular transport from the environment to the plant 
vascular system, and (3) active uptake through the symplast (Ross and Kaye  1994 ; 
Marschner  1995 ; Siedlecka et al.  2001 ; Greger  2005  ) . The active, metabolic uptake 
proceeds by the taking up of ions against their concentration gradient. The ATP 
(Adenosine- Tri-Phosphate) -driven H +  pump creates a pH and electropotential gra-
dient which enhances ion passing to the cell through the selective ion channels or 
carriers. There are a number of root factors controlling trace element uptake from 
soils. These are: soil acidifi cation by root exudates, activity and selectivity of the 
translocators, root membrane activity, strategy mechanisms of avoidance, and 
release of redactors and/or oxidants, root excretion of chelators, phytosiderophores, 
acids, and hydrogen ions (Ross and Kaye  1994 ; Marschner  1995 ; Siedlecka et al. 
 2001 ; Greger  2005  ) . Arsenic can be bound to the sulphides and is available for plant 
uptake under reduction conditions (Fig.  12.3 ) (Armstrong et al.  1992 ; Jacks and 
Bhattacharya  1998 ; Brix  1993 ; Blute et al.  2004  ) .  

 The transfer of metal ions from soil particles to plant tissues has been described 
by Kloke et al.  (  1994  ) , by means of a soil-plant transfer coeffi cient (TC). The arse-
nic TC can vary between 0.01 and 0.1 for different plant species. This will be dis-
cussed further in this review under the section on bioaccumulation.  

    12.4.2   Translocation Mechanisms from the Root to the Shoot 

 Arsenic shows low mobility (unlike phosphorous) with respect to translocation 
from roots to shoots in plants, except for hyperaccumulators (Zhao et al. 2009). The 
uptake of arsenic by plant roots varies for different plants or their parts (Stoltz and 
Greger  2002a,   b,   2005  ) . Arsenic ions are taken up, translocated from the roots to the 
shoot system via the xylem and then redistributed between tissues. The transloca-
tion of arsenic ions from root to shoot depends on root pressure and leaf transpira-
tion (Raskin et al.  1997 ; Caille et al.  2004 ; Ghosh and Singh  2005  ) . 

 Passive uptake includes adsorption processes, ion exchange, and diffusion of the 
ions from the soil solution into the root endodermis (tissues) which can decrease the 
rate of transportation of some ions. Active uptake takes place against the concentration 

Sedimentary, aquifer environment
Aerobic conditions

Methylated As     Has O2

(H2AsvO4
–)

SO4
2–    H2S)

H2AsvO4
–

Anaerobic conditions

and other sulphides

(HAs O2)

O2HAs HAs   O2H2AsvO4
– As2S3

  Fig. 12.3    Arsenic species occur in different aquifer condition (Partly from Jacks and Bhattacharya 
 1998  )        
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gradient, but requires metabolic energy and can therefore inhibit toxin production. 
Some ions have different and/or parallel patches of movement (symplastic, apoplastic, 
transcellular). Plants have the ability to actively select ions moving into cells and 
thereby excluding toxins. Arsenate taken up by roots is reduced to arsenite in cytosol 
by glutathione (GSH) and translocated to the shoots (Thompson  1993 ; Sattelmacher 
 2001 ; Caille et al.  2004  ) . Some authors reported that among vascular plants, dicotyle-
dons transport more arsenic to their shoot system than monocots (Bondada and Ma 
 2003  ) . The hyperaccumulator fern  P. vittata  localises arsenic in epidermal cells, meso-
phyl cells and xylem tissues (Bondada et al.  2007  ) . The translocation factor (TF) or 
shoot:root quotient (SRQ) (Baker and Whiting  2002  )  expresses arsenic concentration 
in the shoot in relation to arsenic concentration in the root as:

    

shoot

root

[As]
TF = 

[As]    
(12.1)

   

 The Translocation Factor is important in characterising plant capacity in phytore-
mediation techniques (Asher and Reay  1979 ; Tu et al.  2002 ; Sekhar et al.  2007  ) . 

 Arsenic-tolerant plants translocate less than 2.8% arsenic to the parts above 
ground leading to low accumulation (Table  12.1 ). The TF values for wetland plants 
from mine tailing impoundments were between 0.01 for  Salix sp . up to 0.2 for 
 C. rostrata  (Stoltz and Greger  2002a,   b  ) . Other arsenic–tolerant plants had values 
between 0.17 and 0.15 (Fitz and Wenzel  2002  ) . A more comprehensive study car-
ried out by Raab et al.  (  2007  )  including 46 plant species, reported a range from 0.01 
to 0.9, with a median of 0.09, in arsenate-treated plants.  

 Hyperaccumulators had values about two magnitudes higher, e.g. 23.86 for 
 P. vittata  (Ma et al.  2001  ) , and 90.91 for  Pityrogramma calomelanos  (Franseconi 
et al.  2002  ) . TF values lower than 1 for plants indicates that arsenic transportation 
to the shoots is limited (Gonzaga et al.  2006  ) . Knudson et al.  (  2003  )  reported lower 
arsenic concentration in the roots of basin wild rye ( Leymus cinereus ) at the evalu-
ated phosphates level, with higher shoot concentration. Higher phosphate concen-
tration stimulated higher root to shoot transfer and about 50% lower arsenic uptake 
in water fern ( Salvinia natans ) tissues has been observed in the presence of phos-
phates (Rahman et al.  2008  )  (Table  12.2 ). However, there is little knowledge of the 
extent and mechanisms of As transport in the phloem. Particularly in rice ( Oryza 
sativa ), As concentrations decrease distinctly from roots to grain (roots > stems and 
leaves > husks > grain) (Abedin et al.  2002 ; Liu et al. 2006; Xu et al. 2008). Zhao 
et al. (2009) pointed out therefore that the contributions of xylem-versus phloem-
derived As to the grain need to be evaluated experimentally.   

    12.4.3   Bioconcentration and Bioaccumulation 

 Defi nitions were adapted to differentiate ‘bioconcentration’ and ‘bioaccumulation’ in 
accordance with the International Union of Pure and Applied Chemistry (IUPAC 
 1996 ; Gobas et al.  1999  ) ; (1) Bioconcentration is the intake of chemical contaminants 
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through an organism’s epithelial tissues, and the subsequent concentration of the con-
taminants within the organism’s tissues to a level that exceeds ambient environmental 
concentrations; process that results in an organism having a higher concentration of a 
substance than is in its surrounding environmental media; (2) Bioaccumulation is the 
process by which chemical contamination in organisms increases with each step in 
the food chain. 

 The trace element concentrations in plant tissues can be expressed as a biocon-
centration factor (BCF, BF or CF) and is the quotient of measured concentration of 
arsenic in plant material (mg·kg −1  DM) per initial arsenic concentration in solution 
(Eisler et al.  1972 ; Ross  1994 ; Tu and Ma  2002 ; Sekhar et al.  2007  ) . The shoot or 
root accumulation factor (AF 

bio
 ) in calculated as the ratio of the NH 

4
 OAc-extractable 

concentration from the arsenic in plant (Stoltz and Greger  2002a  ) :

    

in plant

bio
4 in environment

As
AF

[ ]NH OAc extractableAs
=

-    
(12.2)

   

 Where As in plant is arsenic concentration in the plant root or shoot, or entire 
plant. 

 Arsenic concentrations in ranges 5–20 mg·kg −1  DM are critical for most of the 
non-accumulating plants (Kabata-Pendias and Pendias  2001 ; Lombi et al.  2002  ) . 
While Del Rio et al.  (  2002  )  described wild plants occurring on uncontaminated sites, 
after arsenic contaminated sludge was spilled in that area values ranged from 0.1 to 
0.6 mg As·kg −1  DM. Arsenic hyperaccumulator  P. vittata  can accumulate 2.3% of 
this element in fronds under conditions of arsenic spiked soil, and 0.7% in arsenic 
contaminated soil (Ma et al.  2001  )  and about 3,000 mg·kg −1  DM As following foliar 
arsenic application (Bondada et al.  2007  ) . Tu et al.  (  2002  )  reported that  P. vittata  
fronds accumulated arsenic in concentrations of 7.2 mg·kg −1  DM. Hyperaccumulation 
was attended by production of large biomass depicting 75–99% accumulation 

   Table 12.2    Bioconcentration factor (BCF) and translocation factor (TF) for arsenic tolerant plant 
species in water solution   

 Species 
 Treatment 
(mg As l −1  solution) 

 BCF 
(shoots) 

 BCF 
(roots)  TF  Sources 

  Salvinia 
minima  

 14.98 As(III)   60  –  –  Hoffman et al.  (  2004  ) , 
recalculated 

  S. minima   29.97   35  –  –  Hoffman et al.  (  2004  ) , 
recalculated 

  Pteris vittata   10 MMA  309   66  4.82  Fayiga et al. (2005) 
  P. vittata   10 As(III)  211   71  2.97  Faisal and Hasnain  (  2005  )  
  Pteris cretica   10 MMA   98   54.3  1.81  Faisal and Hasnain  (  2005  )  
  P. cretica   10 As(III)  402  107  4.80  Faisal and Hasnain  (  2005  )  
  Salvinia 

natans  
 0.132 As(III)   60  –  –  Rahman et al.  (  2008  )  

recalculated 

  BF 
bio

 [(As) 
in plant

 : (NH 
4
 OAc-extractable As)  

in environment
 ] or BCF as the quotient of measured concen-

tration of As in plant material (mg·kg −1  dry mass) per initial As concentration in solution; and TF 
[(As) 

shoot
 : (As) 

root
 ]; (w) concentration of arsenic forms in water solution  
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(Ma et al.  2001 ; Tu et al.  2002  ) . The highest bioconcentration was 63.3% (with range 
21.0–63.3%) in soil arsenic contamination successively with 50, 100, 200, and 
500 mgAs·kg −1  of soil (Table  12.1 ). Luongo and Ma  (  2005  )  reported that  P. vittata  
was able to translocate arsenic from roots to fronds, reducing arsenate to arsenite, and 
maintaining high concentrations of phosphate in the roots which can be contributed 
to arsenic tolerance and hyperaccumulation. Chandra et al.  (  2007  )  reported that the 
hyperaccumulator plant  Talinum cuneifolium  can uptake arsenic in increased propor-
tion in the presence of acetate, carbonate and phosphate ions, as well as NPK combi-
nation, whereas nitrate, chloride and sulphate signifi cantly decreased arsenic uptake.   

    12.5   Phytoremediation Methods 

 A large number of methods are available for the removal of toxic elements from 
water and soil by means of plants using this system called phytoremediation. In 
general, two different types of processes: bioaccumulation and biosorption are 
responsible for phytoremediation. Bioaccumulation is based on intra-cellular accu-
mulation processes. Biosorption is based on extra-cellular physical, chemical, and 
chemi-physical processes, including diffusion processes. 

 Phytoremediation techniques, using living plants are useful to remove, or render 
harmless arsenic compounds (Fig.  12.4 ), and bioaccumulation has been employed 
in several ways to decontaminate arsenic polluted sites using phytoremediation 

  Fig. 12.4    Phytoremediation possibly methods of arsenic in soil and water environment       
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techniques (Cunningham and Berti  1993 ; Suthersan  2002 ; Prasad  2004  ) . In the 
roots, ions are diffused into the apoplast and then take up by the symplast which 
makes the pathway to translocation.  

 Clemente et al.  (  2006  )  showed that active Phytoremediation of  Brassica juncea  
followed by spreading organic amendmends such as cow manure and compost as 
well as lime for fi xation of arsenic in a site affected by the toxic spill of pyrites at 
Aznalcóllar in Spain. In aerobic soils, the retention of arsenic is mainly dependent 
on iron oxides and hydroxides and these could have been formed in the soil com-
partment (Kabata-Pendias and Pendias  2001  ) . Sorghum was studied by Haque 
et al.  (  2009  )  as a potential hyperaccumulator for arsenic removal in hydrophonic 
media and they showed that uptake is completely dependent on arsenic speciation. 
Use of sedges for arsenic phytoremediation demonstrated that they can be consid-
ered as potential species for phytostabilization and rhizofi ltration (Alarcon-Herrera 
et al.  2009  ) . 

 Arsenic biomass harvested from the phytoremediation process may be a cause of 
concern. Appropriate storage, disposal, and management are necessary so that there 
is no threat to the environment (Ernst  2005 ; Ghosh and Singh  2005  ) . 

    12.5.1   Phytoextraction 

 Phytoextraction, phytoaccumulation or phytomining, are the processes used by 
hyperaccumulators for translocating metal contaminants from soil to the above-
ground biomass, which is then harvested to remove contaminants. The main process 
used in phytoextraction techniques is bioconcentration. Stoltz and Greger  (  2002a  )  
described the different types of arsenic-accumulating plants. The bioconcentration 
factor, mentioned as phytoextraction coeffi cient, is used to assess phytoextraction 
effectiveness and determine plant possibilities (Ghosh and Singh  2005  ) . Accumulator 
and hyperaccumulator plants are used in this process. Shoot accumulators, are defi ned 
as plants with higher arsenic concentration in their shoots in comparison to the 
extractable fraction of water soluble arsenic in an arsenic contaminated medium (e.g. 
 E. angustifolium ). Root-accumulator plants, such as  P. australis, C. rostrata, Salix 
borealis  and  Salix phylicifolia , have higher concentrations in the root than that in the 
shoot tissues (Tables  12.1  and  12.2 ). They have also mentioned an “intermediate” 
and “low-accumulator” plant species, with intermediate and lower contaminant con-
centration in tissues. Arsenic hyperaccumulators such as  P. vittata  and  P. calomela-
nos  are able to accumulate more than 2,000 mg per kg DM (Gonzaga et al.  2006  ) . 

 Arbuscular mycorrhizal (AM) fungi play a strong role in uptaking phosphorus 
and arsenic. The AM fungi system is recognized as an important component of 
phytoremediation strategies for arsenic. AM plants, such as fern  P. vittata,  consist 
of a large surface area for adsorption with small fungal hyphae radii; however, 
uptake kinetics are different, being infl uenced by chemical alteration of the 
rhizosphere–hyphosphere, mineralization of organic forms or greater carbon-use 
effi ciency (O’Keefe and Sylvia  1991 ; Agely et al.  2005  ) . In the last decade, 
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chelate-induced metal mobilization was selected as one of the promising strategies 
in phytoextraction technology for enhancement of metal uptake from soils. 
However in recent years, risks posed by EDTA have restricted the use of this 
method (Wenzel et al.  2003 ).  

    12.5.2   Rhizofi ltration 

 The rhizofi ltration method is analogous to phytoextraction and phytofi ltration meth-
ods. In this, plants are used to remove contaminants from solution surrounding the 
root zone. This technique is used to clean contaminated water such as groundwater, 
stormwater or waste water using hyperaccumulators and arsenic-tolerant macrophytes 
such as underwater holly-leaved Naiad ( Najas marina ), pondweed ( Potamogeton 
lucens ), yellow water-lily ( Nuphar lutea ) with fl oating leaves (Mazej and Germ 
2009), fl oating  Pistia stratiotes ,  Salvinia herzogi  or certain macroalgaes (Anawar 
et al.  2008 ; ITRC  2009  ) . However past studies suggest that the trace metals bioavail-
ability at the rizosphere may improve the remediation methods. The bioavailability in 
the rizosphere will be critical when considering the effi ciency and long term success 
of the remediation process (Kid et al.  2009  ) .  

    12.5.3   Phytostabilisation 

 During the phytostabilisation process, plants are used to immobilize and physically 
stabilize contaminants in the soil and groundwater through absorption onto roots and 
accumulation by roots, or precipitation within the rhizosphere. This process reduces 
the mobility of the contaminant and prevents signifi cant erosion or migration of con-
taminants in the groundwater and air. This is carried out by arsenic-tolerant plants, 
soil ammendments such as lime, phosphates, Fe, Al and Mn oxyhydroxides and 
organic amendments which have been often used on the laboratory scale (Mench 
et al.  2000,   2003 ; Brown et al.  2005 ; Clemente et al.  2006  ) . Typically this form of 
phytoremediation requires plants to have extensive root systems and adequate soil 
coverage. Stoltz and Greger  (  2002a,   b ;  2006a,   b,   c  )  described cottongrass ( Eriophorum ), 
common reed ( P. australis ), bottle sedge ( C. rostrata ) and Salix as suitable for stabi-
lizing and immobilizing contaminates in mine tailings.  

    12.5.4   Phytovolatilization 

 In the phytovolatilization process, plants transpire or diffuse volatile arsenic out of 
their roots, leaves or stems. In this mechanism, the plants absorb organic and inor-
ganic pollutants from soil or water in the transpiration stream and volatilize them 
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into the atmosphere in a modifi ed or unmodifi ed form at comparatively low 
 concentrations. Methylated and volatile arsenic compounds are involved in this pro-
cess (Frankenberger and Arshad  2002 ; US EPA  2002 ; Adriano et al.  2004  ) . However, 
literature on phytovolatilized arsenic is sparce. Some fungi species which use the 
volatalization technique are used in soil contamination remediation. Commercial 
vegetable crops such as broccoli, cabbage, rice and other plants are quite effective 
in phytovolatilization, but it has been observed that the presence of sulphate and 
salinity in soils hinder the volatilization process (Terry and Zayed  1994  ) .  

    12.5.5   Hydraulic Barriers 

 Trees and wetland plants are used as hydraulic barriers to control movement of 
arsenic contaminated surface water and groundwater, as well as to physically stabi-
lize the soil environment (US EPA  2000  ) . Perennial herbs and trees having the capa-
bility of absorbing large volumes of water, are used in order to prevent or control the 
migration of contaminants to groundwater (Rock and Sayre  2000 ; ITRC  2009  ) . The 
water uptake rate is given by the Eq.  12.3 :

    ( )U TSCF ·T· C=    (12.3)  

where: U = uptake rate of the contaminant, in mg·day −1 ; TSCF = transpiration stream 
concentration factor, dimensionless, where TSCF is concentration in vegetation/
concentration in soil water; T = transpiration rate of vegetation in L·day −1 ; C = aque-
ous-phase concentration in soil water or groundwater, in mg·L −1  (Schnoor  1998  ) . 

 From the above Eq.  12.3 , the uptake rate of the arsenic contaminants can be esti-
mated. First order kinetics can be assumed, as an approximation for the time needed 
to gain remediation. The uptake rate should be divided by the mass of contaminant 
remaining in the soil and this will result the fi rst order rate constant for contaminant 
solution uptake.

    

U
,

Mo
K =

   
(12.4)

  

where: k = fi rst-order rate constant for contaminant solution uptake, in year −1 ; 
U = contaminant uptake rate, in kg·year −1 ; M 

0
  = mass of contaminant initially in kg 

(ITRC  2009  ) . 
 Mature deep-rooted plants e.g. poplar ( Populus ), and aspen ( Populus tremula ), 

willow ( Salix ), ash ( Fraxinus ), alder ( Alnus ), eucalyptus ( Eucalyptus ), mesquite 
( Prosopis ), bald cypress ( Taxodium distichum ), birch ( Betula ), and cedar ( Cedrus ) 
can typically transport about 3,700–6,200 m 3  of water per year at a density of 1,500 
trees per acre (4,050 m 2 ). The riparian wetlands can also play the same role and 
according to Suthersan  (  2002  )  and ITRC  (  2009  )  can proceed effectively.  
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    12.5.6   Phyto-Covers 

 Vegetative covers constructed for surface soil remediation can be designed using 
plant seed mixes in order to maximize rain interception and transpiration capacities .  
Established canopies over remediated areas reduce infi ltration from precipitation and 
limit percolation into the deep subsurface. Constructed wetlands can be used as a 
kind of phyto-cover. In this technique, phytoaccumulation, phytostabilisation and 
phytovolatilization are present. (ITRC  2009 ; Suthersan  2002  ) . Experiments carried 
out in the United Kingdom on brownfi eld land contaminated by trace metals and 
arsenic indicated that woody biomass may provide an effective form of phytostabili-
sation (Frence et al.  2006  ) . Riparian buffers used as hydraulic barriers in combination 
with phytocover can be used as a fi lter for agriculture runoff and aquatic protection.  

    12.5.7   Natural Remediation 

 Natural remediation, or natural attenuation (NA) or monitored natural attenuation 
(MNA) is an in-situ method based on non-invasive, natural processes pursuit to a 
decreased concentration of contaminants by original physical, chemical, and bio-
logical processes(Adriano et al.  2004 ; US EPA  2004  ) . Naturally occurring rhizo-
sphere with coexisting fungi and bacteria organisms is the most effective tool for 
volatilisation of methylated arsenic, (Del Rio et al.  2002  ) . However the concept of 
expansion has been proposed by including acceleration of the native processes by 
adding inexpensive and minimally invasive amendments to the soil (Adriano et al. 
 2004  ) . The main intent is not to change but to reduce the bioavailable arsenic frac-
tion by lowering its risk.   

    12.6   Bioremediation 

 Bioremediation technology is another group of process based on degradation, stabi-
lisation, or volatilization of contaminants from sites using microorganism (fungi 
and bacteria) (Andrews et al.  2000 ; Bhattacharya et al.  2002  ) . Remediation of arse-
nic contaminated soil is based on the ability of micro organisms, especially soil 
fungal species, to transform arsenic into methylated arsenic and volatilize the arsine 
which could be trapped. This method can be used to volatilise arsenic aerobically in 
agricultural soils (Peterson et al.  1981  ) . The main mechanisms of arsenic bioreme-
diation are bio-oxidation and biomethylation. Bio-oxidation is used for the purifi ca-
tion of arsenic-contaminated water under aerobic conditions with the help of isolated 
cultures of  Alcaligenes faecalis  and other species this genus (Osborne and Ehrlich 
 1976 ; Ahmann et al.  1997  ) . 
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 Arsenic can be methylated by microorganisms such as aerobic and anaerobic 
fungi and methanogenic bacteria to produce volatile molecules such as CH 

3
 As. Also 

biomethylation was observed both under aerobic and anaerobic conditions with the 
help of fungi (Cox and Alexander  1973 ; Andrews et al.  2000  ) . The rate of biomethy-
lation depends on environmental conditions such as temperature, potential redox, 
and pH (Fergusson  1990 ; Wallschläger and London  2008  ) . In aquatic sediments, the 
anaerobic condition is prevalent. Arsenic methylation typically occurs under phos-
phate or nitrogen defi cient environments (Luongo and Ma  2005  ) , however concen-
tration of nitrates and sulphates can be moderately reduced by bacterial processes 
(Bhattacharya and Jacks 2000; Bhattacharya et al.  2002  ) . Arsenic Biomethylation is 
also possible with fi lamentous fungi e.g.  Scrophulariopsis brevicaulis  and  Aspergillus 
niger ,  Penicillium  sp.,  Candida humicola  and  Gliocladium roseum  (Huysmans and 
Frankenberger  1991 ; Andrews et al.  2000  ) . Methylated arsenic compounds such as 
mono methylarsenic (MMA) and dimethylarsinic (DMA) may be adsorbed to 
oxides. Adsorption of these compounds is weaker than adsorption of arsenate, how-
ever, it is stronger than that of arsenite (Xu et al.  1991 ; Jing et al. 2005; Gustafsson 
and Bhattacharya  2008  ) .  

    12.7   Biosorption 

 Biosorption is defi ned as a physio-chemical interaction which occur between 
metal(loid)s and extra-cellular compounds such as polysaccharides, proteins and 
lipids with amino, carboxyl, phosphate and sulphate groups (Volesky  2003 ; 
Febrianto et al.  2009  ) . It is an alternative process for removing arsenic and trace 
metals from contaminated solutions and a mechanism of metal(loid) immobiliza-
tion by biomass. (Veglio and Beolchini 1997; Kratochvil and Volesky  1998  ) . 
Biosorption is defi ned also as the passive binding of trace elements on a biosorbent 
(biomass) containing chemically active sites or functional groups (e.g. Volesky 
 2003  ) . Numerous biological materials have been tested for the removal of toxic 
arsenic ions from aqueous solution over the last two decades. Arsenic biosorbents 
were taken from inactive, dead biological biomass, such as algae (Hansen et al. 
 2006 ; Vilar et al.  2006  ) , vascular plants (e.g. Mohanty et al.  2006 ; Pandey et al. 
 2009  ) , fungi (Dambies et al.  2002 ; Say et al.  2003 ; Loukidou et al.  2003 ; Mohan 
et al.  2007 ; Čerňanský et al.  2007  ) , and bacterial materials (e.g. Kuyucak and 
Volesky  1988  ) . A plant-based biosorbent mainly consists of cellulose and lignins. 
Primary plant cell walls consist of micelles of cellulose, hemicellulose (including 
pectins) and glucoproteins. The negatively charged, carboxylic groups act as cation 
exchangers and anion repellers (Ross and Kaye  1994  ) . An essential step for indus-
trial improvement of biosorption is biomass immobilization which provides biosor-
bent particles with the adequate size, density and mechanical strength required by 
continuous systems (Volesky  2003  ) . 
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    12.7.1   Biosorption Capacity 

 Biosorption capacity [qmax] called also as the maximum specifi c uptake, is an 
important characteristic of an adsorbent. It is defi ned as “the amount of adsorbate 
taken up by the adsorbent per unit of adsorbent mass” (Febrianto et al.  2009  ) . This 
characteristic depends on a series of properties, such as porosity, pore and particle 
size distribution, specifi c surface area, cation exchange capacity (CEC), pH, quan-
tity and type of functional groups, and temperature. Maximum biosorbent uptake is 
calculated at equilibrium state. Different models have been used to describe arsenic 
solutions – biosorbent equilibrium, the most common being Languimir, Freundlich, 
BET, and Dubinin-Radushkevich isotherms (Mohan and Pittman 2007; Febrianto 
et al.  2009  ) . Most of the biosorbent capacities referred in this review (Table  12.3 ) 
are low in relation to the capacity of activated carbon (Table  12.3 ).   

    12.7.2   Biosorption Mechanisms 

 Biosorption of heavy metal is a passive non-metabolically mediated process of 
metal binding by biosorbent (Volesky  2003  ) . Biosorption mechanisms can be 
divided into two main categories; metabolism dependent (transport across cell 
membrane and intracellular precipitation and accumulation) and metabolism inde-
pendent (precipitation, physical and chemical adsorption, ion exchange, complex-
ation) (e.g. Veglio and Beolchini  1997  ) . Metabolism dependent ion transport across 
cell membranes can take place only in living cells, and is associated with an active 
defence system of microorganisms and it requires time for reaction. The precipita-
tion of arsenic may take place both in solution and on the cell surface (Ercole et al. 
 1994  ) . However, it may be dependent on the metabolism of cells if, in the presence 
of trace metals/metal(loids), organism cells produced compounds which favour the 
precipitation process (Veglio and Beolchini  1997  ) . Biosorption mechanisms which 
are independent of cell metabolism are relatively rapid and are reversible (Kuyucak 
and Volesky  1988 ; Hoffman et al.  2004 ; Mukherjee and Kumar  2005  ) . Dead bio-
mass has higher metal uptake capacity and the process is nutrient independent 
(Aksu et al.  1992  ) . 

 Adsorption by plant material consists of three steps: surface adsorption (physical 
and chemical), diffusion into particles, and adsorption and fi xation within the min-
eral particles. The maximum metal uptake and the affi nity of the beds for a certain 
metal are important parameters of the biosorption process. They can be attained 
from the representative sorption isotherms. Arsenic transport across the cell mem-
brane yields intracellular accumulation, which depends on the metabolism of cells. 
This means that this kind of biosorption may take place only with viable cells 
(Veglio and Beolchini 1997). It is often associated with an active microorganisms 
system, which react in the presence of a toxic substance. 
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    12.7.2.1   Adsorption 

 Kuyucak and Volesky  (  1988  )  hypothesized that some metal ion biosorption by dead 
biomass of algae, fungi and yeasts takes place through electrostatic interactions 
between ions in solution and cells walls.  

    12.7.2.2   Ion Exchange 

 Cell walls of microorganisms and other plant material contain polysaccharides as 
basic building blocks. Bivalent metal ions can exchange with some ions of the poly-
saccharides (e.g. Veglio and Beolchini  1997  ) . Alginates of marine algae usually 
occur as natural salts of K + , Na + , Ca 2+  and/or Mg 2+ . These metallic ions can exchange 
with a number of other ions such as Co 2+ , Cu 2+ , Cd 2+  and Zn 2+ , resulting in the bio-
sorptive uptake of the metals (e.g. Veglio and Beolchini  1997 ; Loukidou et al.  2001, 
  2003  ) . Phosphorylation of biosorbent leads to higher binding of arsenates to the cell 
wall (Ghimire et al.  2002,   2003  ) .  

    12.7.2.3   Complexation 

 Metal removal from solution could also take place through formation of complexes 
on the cell surface (e.g. Mcafee et al.  2001  ) . Metal ions can bind on to single ligand 
or through chelation. Mcafee et al.  (  2001  )  described arsenic complexation to chitin 
and chitosan active groups. However, no other records were found on biosorption 
through arsenic complexation.  

    12.7.2.4   Precipitation 

 As mentioned above, precipitation may be either dependent on the cellular metabolism 
or independent of it. Metal removal from solution is often associated with the active 
protective system of microorganisms. In the presence of a toxic metal, they produce 
compounds which favour the precipitation process (Veglio and Beolchini  1997  ) .   

    12.7.3   Biosorption Characteristics 

 This review attempts to summarise recent studies in the removal of arsenic using plants 
and fungi in situ and as biosorbent materials. Analysis and design of biosorption/
adsorption processes involves biosorption/adsorption equilibrium. Equilibrium con-
centration is a function of temperature. The adsorption equilibrium at a given constant 
temperature is referred to as adsorption isotherm. The adsorption capacity (q 

t
 ), the most 

important characteristic of a biosorbent, is dependent on pore and particle size, specifi c 
surface area, pH, cation exchange capacity, functional groups and temperature. 
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    12.7.3.1   Adsorption Equilibrium 

 The amount of metal ions adsorbed on the biosorbent is determined from the differ-
ence between the initial and remaining concentrations of the metal ion in the solu-
tion at the sampling time:

    

( )
,i t

t
B

V C C
q

m

-
=

   
(12.5)

  

where: q 
t
  is the metal ion adsorbed, in mg arsenic ion per gram dry matter of biosor-

bent, at a given time; V is the volume of solution (L); C 
i
  and C 

t
  are the initial con-

centration and concentration of arsenic ions remaining in the solution, in mg L −1  at 
a given time; and m 

B
  is the dry weight of the biosorbent, in g. 

 Design of adsorption-desorption separation processes involves relevant adsorp-
tion-desorption equilibrium. The adsorption equilibrium relationship at a given 
adsorbent concentration is referred to as the adsorption isotherm.  

    12.7.3.2   Equilibrium Models 

 Equilibrium adsorption isotherms are usually used to determine the capacity of an 
adsorbent and several equilibrium adsorption isotherm models are available such as 
Lanmuir, Brunauer-Emmer-Teller (BET), and Freundlich (e.g. Ruthven  1984 ; Dang 
et al.  2009  ) . The most common are the mono-layer adsorption described by Langmuir 
 (  1918  ) , and the multi-layer adsorption published by Freundlich  (  1906  ) . The quan-
tity of adsorbed metal as a function of metal concentration in solution is used to 
estimate the maximum capacity of the adsorbents. Biosorption involves several pro-
cesses: electrostatic forces and chemical reactions between binding sites and met-
als; theoretically it is more correct to apply the pseudo second- order model that fi ts 
most biosorption processes (Cabral  1992  ) . 

 The distribution coeffi cient  Kd , or partition coeffi cient ( Kp ) is used as an estima-
tion of soil solubility. Equilibrium between the solid and the aqueous phase is 
reached by extraction. The partition coeffi cient,  Kp , for arsenic, describes the 
extractable fraction available from plants to the total concentration in the soil matrix, 
according to the formula (Sardans and Peñuelas  2006  ) :

    

( )in water extract from soil or sediment

As (in soil or sediment)

As
Kp =

   
(12.6)

   

 The main factors affecting equilibrium are: temperature, and infl uence of biosorption 
performance in the range 20–35°C (Aksu et al.  1992 ), pH affect on the solution chem-
istry of the ions, activity of functional groups in the biomass, and competition between 
metallic ions (e.g. Galun et al.  1987 ; Ramelow et al.  1992 ; Oyarzun et al.  2008  ) . The 
biomass concentration in the solution controls the specifi c uptake, lower values of 
biomass concentration increases specifi c uptake (e.g. Fourest and Roux  1992  ) .  
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    12.7.3.3   Kinetic Models 

 Adsorption kinetics is the removal rate which controls the residence time of the 
sorbate in the solid–solution interface. Kinetic studies were conducted in batch 
reactors at various initial sorbate concentrations, particle sizes, disturbance speeds, 
pH and temperature. Linear regression is used to determine the best-fi tting kinetic 
rate equation. Additionally, linear least-squares methods can also be applied to the 
linearly transformed kinetic rate equations to verify experimental data and kinetic 
rate equations using coeffi cients of determination (Ho  2006  ) . 

 Several adsorption kinetic models have been discussed in adsorption kinetics and 
rate-limiting steps. These include pseudo-fi rst and -second-order rate models, Weber 
and Morris sorption kinetic model, Adam–Bohart–Thomas relation (Djeribi and 
Hamdaoui  2008  ) , fi rst-order reversible reaction model (Baral et al.  2006  ) , external 
mass transfer model (Apiratikul and Pavasant  2008  ) , fi rst-order equation of 
Bhattacharya and Venkobachar (Sag and Aktay  2002  ) , Elovich’s model and Ritchie’s 
equation (Ho  2006 ; Febrianto et al.  2009  ) .    

    12.8   Plants as Biosorbents 

    12.8.1   Vascular Plants 

 Plant materials such as living plants (Hoffman et al.  2004  ) , their parts or their dried, 
seized, and chemically treated seeds (Kumari et al.  2006 ; Koivula et al.  2009 ; 
Pandey et al.  2009  )  and also the residue of vascular plants from industry or agricul-
ture, such as rice polish, and orange wastes (Ranjan et al.  2009 ; Ghimire et al. 2003), 
were tested as biosorbent material (Table  12.3 ) for arsenic. 

 Maximum sorption capacity for arsenic depends on the three factors; sorbate 
solution characteristic, biosorbent characteristic and process duration. Sorbate solu-
tion characteristics such as initial arsenic concentration, pH of the solid solution, 
occurrence of other co-ions, sorption time duration, and temperature, control the 
quantity of adsorption. Important biosorbent characteristic are: material porosity, 
particle size distribution, specifi c surface area, cation exchange capacity and surface 
functional groups. Arsenic sorption is limited by phosphate concentration (Kumari 
et al. 2006; Ghimire et al. 2003; Ranjan et al.  2009  ) . Cadmium, selenium, and car-
bonate ions in solution above 200 mg·L − 1 showed an improved arsenic biosorption. 
Kumari et al.  (  2006  )  reported that optimum pH for  Moringa oleifera  seeds as a 
biosorbent is different for arsenite and arsenate ion sorption, and was respectively 
2.5 and 7.5 mg As·L −1 . 

 Maximum biosorption capacity for living plants was observed to be a two-stage 
process i.e. rapid fi rst phase, and a slow second phase. The fi rst, rapid phase of 
reaching equilibrium was found for arsenate sorption by  Salvinia minima , to be 
6–12 h (Hoffman et al.  2004  ) , and for arsenite sorption by  Salvinia natans  48 h, 
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(Mukherjee and Kumar  2005  ) , with different arsenic ions concentrations. The 
second phase was up to 96 and 12 h (Table  12.3 ). The adsorption of metal ions onto 
a plant surface was conducted in a relatively short-time, while the uptake of metal 
ions took a long-time and was more complex (Veglio and Beolchini  1997 ; Hoffman 
et al.  2004 ; Mukherjee and Kumar  2005  ) . Pandey et al.  (  2009  )  reported chelation of 
As(III) with the –OH groups for fresh different parts of the biomass of  Momordica 
charantia . 

 Most of these experimental results were in good agreement with the Langmuir 
and Freundlich sorption models. However the Dubinin–Radushkevich (D–R) sorp-
tion isotherm, was applied to evaluate the nature of sorption and was used to explain 
the heterogeneity of surface energies (Ranjan et al.  2009  ) .  

    12.8.2   Plant Litter as Biosorbent 

 The biosorbent biomass constitutes mainly lignin, cellulose and other elements 
stored in the cell walls and vacuoles. Fibres, lignins cellulose and other substances 
bind to cell walls, such as phenols, cutin, suberins waxes and others (e.g. Berg and 
McClaugherty  2003  )  and can be used as biosorbent. 

 Certain cell wall components, specially lignin and pectin, are assumed to be con-
nected with the sorption of metal ions (Bailey et al.  1999 ; Quek et al.  1998 ; Randall 
et al.  1974 ; Senthilkumaar et al.  2000 ; Volesky and Holan  1995  ) . Plant fi bres are 
capacious for sorption of metal ions, and can be used in water cleaning (e.g. Bailey 
et al.  1999 ; Conrad and Hansen  2007  ) . Mesocarp fi bres from  Coccos nucifera  coir 
consist mainly of xylem and a fi bre sheath. Cell wall lignins are distributed in cell 
walls of the fi bre sheath, but in the xylem they were smaller in the secondary walls 
than in the walls of the fi bre sheath. Pectin was in detectable quantities only in the 
fi bre sheath walls, middle lamella, cell corners and extracellular matrix. In the 
xylem, pectin was regularly distributed in the wall, with a higher concentration in 
the middle lamella and cell corners. All cell walls facing the lacuna had a high con-
tent of pectin. The contaminant ions were mainly loaded on the xylem and tend to 
be loaded on the large fi bres. Contaminants were distributed on and across the whole 
secondary wall (Conrad  2008  ) .  

    12.8.3   Other Plant Groups 

    12.8.3.1   Algae 

 Alginate beads are most commonly used with immobilized biomass, however only 
a few studies, have been carried out on their metal uptake. Alginate is also well 
known as an immobilization supporter (Brierley  1990 ; Cotoras et al.  1993 ; Mata 
et al.  2008  ) . Readily available plant residual material and their parts, algae, fruit 
waste material, and natural polysaccharide gelmatrixes such as alginate are used as 
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biosorbents. Alginate is a component of the outer cell wall of brown algae, which 
has high biosorption capacity, and is rich in carboxyl groups, the main functional 
groups involved in heavy metal biosorption (Brierley  1990  ) . 

 Biosorbent material is usually collected as living biomass which is then air-dried 
and size reduced, often pulverized. These types of materials were examined to esti-
mate the maximum adsorption capacities and sorption kinetics of copper smelting 
wastewater, with 400–1,000 mg As·kg −1  (e.g. Hansen et al.  2006  ) . Macroalga  Lessonia 
nigrescens , which is abundant all along the coast of Chile, was used by Hansen et al. 
 (  2006  )  as a biosorbent for arsenic (V) solution. The maximum adsorption capacities 
were estimated to be 45.2 mg·g −1  (at pH = 2.5), 33.3 mg·g −1  (at pH = 4.5), and 
28.2 mg·g −1  (at pH = 6.5). Lower pH increased adsorption of arsenate and values 
found were high in comparison with other reported arsenic adsorbents (Table  12.3 ). 

 The sorption kinetics of arsenic by  L. nigrescens  was modelled by Lagergren’s 
fi rst-order rate equation reported by Hansen et al.  2006 . The kinetics was observed 
to be independent of pH during the fi rst 120 min of adsorption with the Lagergren 
fi rst-order rate constant of approximately 1.07·10 −3  min −1 .  

    12.8.3.2   Bacteria and Cyanobacteria 

 The  Prokaryotas  cell walls, mainly composed of polysaccharides, proteins and lip-
ids, offer particularly abundant metal-binding functional groups, such as carboxylate, 
hydroxyl, sulphate, phosphate and amino groups. This physicochemical phenomenon 
of non-metabolism dependent metal biosorption, is relatively rapid and can be revers-
ible (Veglio and Beolchini  1997 ; Kuyucak and Volesky  1988  ) . Living cells employ 
both active and passive modes for heavy metal uptake. Gram-negative bacteria 
reached equilibrium state for arsenite after 30 min and the maximum capacity was 
19 mg·g −1  at pH 3, and 28 mg·g −1  at pH 7 (Loukidou et al.  2001  ) .  

    12.8.3.3   Fungi 

 Mushrooms and other fungi contain various amounts of trace metals such as Cd, 
Hg, Pb, V, Se, and As (Vetter  2004  ) . Concentrations are often much higher in lawn 
decomposing fungi compaired to mycorrhizal species (Lodenius and Herranen 
 1981  ) , however, metals can be found in the cell walls of fungi whereas in other 
plants, most metals are bound in the plant tissue, as their nutrient source (Lodenius 
and Herranen  1981  ) . Mushroom species collect minimal As from soil and the atmo-
sphere, but there are also some exception such as  Agaricus sp . and  Macrolepiota 
rhacodes  which absorb more arsenic (Vetter  1994  ) . 

 Microscopic fi lamentous fungi, as a part of microbial communities, infl uence 
transformation and distribution of metal(loid)s in the environment. Some of the fungi 
species ( Aspergillus clavatus ,  Neosartorya fi scheri ,  Talaromyces wortmannii ,  T. fl a-
vus, Eupenicillium cinnamopurpureum ) were tested with modifi ed and unmodifi ed 
biomass to examine arsenic adsorption and volatilization (Čerňanský et al.  2007  ) . 
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 The most important feature of the mycelium wall is that it is built naturally by a 
carbohydrate polymer – chitin and chitosan. Chitin is a long, unbranched polysac-
charide derivative of cellulose, the C2 hydroxyl group has been replaced by 
the acetyl amino group –NHCOCH 

3
 . The primary unit in the polymer chain is 

2-Deoxy-2(acetyl-amino) with glucose. These units are linked by ß, (1 → 4) glyco-
sidic bonds forming long linear chains with degrees of polymerization from 2,000 
to 4,000. Chitosan is derived from chitin by deacetylation of chitin using concen-
trated alkali at high temperature (Mcafee et al.  2001 ; Chen and Chung  2006  ) . 

 The high adsorption capacity of fungi is due to the large numbers of hydroxyl- 
and amino groups of chitosan having high hydrophilicity; primary amino groups 
providing high reactivity, and polymer chains of chitosan providing suitable con-
fi gurations for effi cient complexation with metal ions (Mcafee et al.  2001 ; Say et al. 
 2003  ) . The optimal pH value for As(III) removal was between 5 and 7.2, giving 
adsorption capacities of 35.6 mg·g −1  ( Penicillium purpurogenus ) and 1.3 mg·g −1  (tea 
fungi) biomass. Tea fungi biomass treated with FeCl 

3
  had approximately a fi ve times 

higher biosorption capacity than that without treatment (Say et al.  2003 ; Murugesan 
et al.  2006  ) . Pentavalent arsenic biosorption capacity, in the optimal pH range 2–8, 
was 4.95 mg·g −1  (for tea fungi biomass). Biomass treated with FeCl 

3
  had a biosorp-

tion capacity of twice that without treatment (Murugesan et al.  2006 ; Mamisahebei 
et al.  2007  ) . These were compared using the Freundlich and Langmuir isotherm 
models (Mamisahebei et al.  2007  ).     

    12.9   Conclusions 

 Based on the whole review, we fi nd that phytoremediation techniques are good as a 
tool for cleaning up of soil environments and for drinking water protection. This 
method can be used as a relatively non-expensive tool for removing or/and stabilis-
ing arsenic, reducing environmental impact in addition to increased public accep-
tance. It is now a well established fact that by the growing of plants, it is possible to 
clean up pollutants from contaminated soils or to alter the chemical and physical 
nature of soil pollutants so that they no longer create risks to humans. About 400 
plant species have been recorded as phytoremediation and hyperaccumulator plants 
for arsenic. Several species of ferns and a number of other plant species show great 
potential for extracting large amounts of arsenic from areas which are highly con-
taminated with this metalloid. The primary diffi culty with using hyperaccumulators 
for phytoremediation of arsenic is their climate limitations and handling of the arse-
nic bearing wastes e.g. contaminated plants or their ashes. A few authors have 
attempted to asses plants species which are capable of tolerating arsenic contami-
nated soil, and accumulating arsenic in suffi ciently large concentrations to be 
considered viable for phytoremediation purposes. They can be used as phytosta-
bilisators and protecting barriers against ground water contamination. However, 
the gaps in knowledge regarding the molecular level behaviour of arsenic and 
plants, microbes etc. are limiting the use of phytoremediation for arsenic removal. 
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The results found in the literature of different organism groups were clarifi ed with 
regard to biosorbents, their biosorption capacity and as being potential sources 
for future investigations of the best bio and phytoremediation techniques, and the 
preparation of multifunctional models of phyto and bioremediation techniques for 
removal of arsenic in different treatment have been summerized.      
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  Abstract   The concentration of toxic materials and infectious microorganism in the 
natural resources of drinking water is constantly increasing causing severe environ-
mental pollution. Availability of safe drinking water to people in developing coun-
tries has become a serious challenge. The traditional chemical methods for the 
disinfection of drinking water have limitations due to their costs for the undevel-
oped nations. Furthermore, generation of harmful disinfection byproducts associ-
ated with the chemical disinfection processes like chlorination is a source of rising 
concern among the masses. Hence, there is an urgent need to work out some more 
reliable alternate techniques for the purpose. Heterogeneous photocatalysis, being 
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considered as a promising technique to control environmental pollution has attracted 
the interest of researchers during the last couple of decades. The method is not only 
free of generation of harmful byproducts, but could also be cost effective and envi-
ronmental friendly by utilizing ambient solar light. 

 We present an overview of photocatalytic inactivation of water borne microbial 
pathogens. We focus here on various factors involved in the disinfection processes 
and discuss how different researchers have addressed them to improve the overall 
effi ciency of photocatalytic inactivation of microbes. Research reports on the sub-
ject show that heterogeneous photocatalysis degrades wide range of microbial 
pathogens including bacteria, molds, fungi, and virus. Titanium dioxide (TiO 

2
 ) 

has been found as an effi cient photocatalyst to produce hydroxyl (OH • ) radicals 
under ultraviolet irradiation. The nanoparticulate photocatalyst has been observed 
to adsorb at the surface of the microbe and perforate the cell envelop through redox 
reaction leading not only to complete disintegration/mineralization of the cell. There 
exists an optimum catalyst loading while the inactivation rate increases with inten-
sity of the incident light. For enhancement of the microbial inactivation effi ciency 
under solar light, the photocatalyst has been modifi ed in different ways which 
include doping and coupling with other materials, dye sensitization, and application 
of voltage. Suspended particles and ions have been observed to suppress the photo-
catalytic inactivation rate. Furthermore, water under the photocatalytic treatment 
has been seen to change spontaneously from basic into acidic, while, decreasing pH 
of suspension from 7 to 4 during the course of photocatalytic treatment increases the 
inactivation rate. The photocatalytic microbial inactivation has been seen to follow 
Langmuir-Hinshelwood kinetic model.  

  Keywords   Pathogens  •  Nanoparticles  •  Photocatalysis  •  Antimicrobial  
 Decontamination  •  Water microbes  •  Trihalomethanes  •  Haloacetic acids  •  Nitrate  
 Water quality  •  Humic acid  •  Light irradiation  •  TiO 

2,
       

    13.1   Introduction 

 Extended human activities such as agriculture, industrialization, deforestation etc., 
have confronted life with various challenges. The constantly rising water pollution is 
one of the most serious amongst them. The most common way of disinfection of 
water is through chemical means involving chlorination, ozonation etc. Recent stud-
ies have indicated the potential risks associated with chlorination due to the concomi-
tant production of harmful disinfection-by-products (DBPs), such as trihalomethanes 
(THMs) and haloacetic acids (HAAs) (Gopal et al.  2007 ; Sadiq and Rodriguez  2004  )  
which are reportedly created as a result of reaction of chlorine anions (Cl − ) with 
organic materials present in water (  http://www.karinya.com/chlorine.htm    ). Chlorine 
by itself is a toxic gas and a 30 min exposure to its concentration of 500–800 ppm 
can be lethal (Patnaik  2007  ) . Chlorination has also been found less effective to 
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degrade bacterial spores and cysts. Ozonation, on the other hand, has turned out as 
more powerful disinfection technique which can readily degrade a wide range of 
microorganisms including those which are resistant to chlorination. The process, 
however, has limitation in its wide spread applications due to its sophisticated sys-
tem with high operational cost (  http://www.water-research.net/ozone.htm    ). Ozone 
itself highly unstable and its effect vanishes shortly leaving no residuals to inhibit 
bacterial regrowth. This necessitates the system to be applied close the point of use 
otherwise water safety cannot be ensured to the end-users. Owing to the problems 
associated with the conventional water disinfection processes, there is a need for 
more effective alternate water purifi cation techniques that could be eco-friendly, 
economic, and could be applicable at the point-of-use. In this context, heteroge-
neous photocatalysis has aroused interest among the research community for the 
purifi cation of drinking water due to its robustness in degrading/mineralizing virtu-
ally all types of pollutants. Potential utilization of solar light can render the process 
cost effective and environmentally friendly. 

 The underlying mechanism of heterogeneous photocatalysis is illustrated in 
Fig.  13.1 . It involves a photocatalyst, which is normally a wide band gap semicon-
ductor material. Upon irradiation with light of energy not less than the band gap 
energy of the material, electron-hole (e – –h + ) pairs are created due to the excitation 
of electrons from valance to the conduction band. Majority of these photogenerated 
charge carriers undergo wasteful recombination, however, a signifi cant number of 
them appear at the surface initiate redox reactions in molecules adsorbed at the 
surface of the photocatalyst and degrade them. The photogenerated electrons and 
holes, due to their high redox potentials, have been found to degrade almost all 
types of organic, inorganic, and microbial contaminants (Gaya and Abdullah  2008  ) . 
In water the photogenerated electrons and holes create a variety of other oxidiz-
ing species which dissociate the contaminant molecules and microorganisms and 
degrade/mineralize them.  

  Fig. 13.1    Schematic diagram showing photocatalysis on a wide bandgap semiconductor surface 
(Baruah and Dutta  2009  )        
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 The fundamental reaction of photocatalysis can be represented by;

     
( )MO hv MO e h- ++ ® +

    

 Where, MO stands for metal oxide photocatalyst, like titanium dioxide (TiO 
2
 ), tin 

oxide (SnO 
2
 ), tungsten oxide (WO 

3
 ), and zinc oxide (ZnO), etc. Reactions initiated by 

the photo-generated electrons, which lead to the formation of superoxide anions ( • O  
2
  −  ), 

hydrogen peroxide molecules (H 
2
 O 

2
 ), hydroxyl radicals ( • OH), hydrogen dioxide 

anion (HO  
2
  −  ), and the hydroperoxy radicals ( • HO 

2
 ), include (Banerjee et al.  2006  ) ;

     
( ) •

2 2MO e O MO O- -+ ® +
   

     
( ) •

2 2 2MO e O 2H MO H O- -+ + + ® +
   

     
( ) •

2 2MO e H O MO OH OH- -+ ® + +
   

     
• •

2 2 2 2O H O OH OH O- -+ ® + +    

     
• •

2 2O H OH- + + ®    

     
( ) •

2 2MO e OH MO HO- -+ ® +
   

     
- ++ ®2 2 2HO H H O    

     ® +•
2 2 2 22 OH O H O     

 The reactions initiated by the photo-generated holes include:

     
( ) •

2MO h H O MO OH H+ ++ ® + +
   

     
( ) •MO h OH MO OH+ -+ ® +

    

 The primary objective of this review is to provide a detailed analysis of activities in 
the photocatalytic inactivation of microbial organisms and the progress in the applica-
tion of this technique to practical purposes. The report discusses various factors that 
affect the effi ciency of the photocatalytic inactivation process. Owing to the wide 
variety of microorganisms and different experimental conditions reported in the lit-
erature, it is diffi cult at this stage to draw a conclusive border that can standardize all 
the parameters involved in the processes. The technique is attractive in regard to its 
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potential for the abatement of environmental pollution. However, more efforts are still 
needed to enhance the photocatalytic effi ciency to a level where it can be an obvious 
choice for practical applications in the inactivation of water borne microbes.  

    13.2   Factors Involved in the Photocatalytic 
Microbicidal Process 

 Photocatalytic inactivation of microorganisms is a complex process that depends on 
several parameters. The rate of inactivation has been reported to vary with the type, 
physiological state, and concentration of microorganisms (Lonnen et al.  2005 ; Rincon 
and Pulgarin  2004a  ) . The nature, morphology, concentration, and state (slurry or 
immobilized) of the catalyst material, also, have a great infl uence on the inactivation 
rate (Adams et al.  2006 ; Huang et al.  1998 ; Qi et al.  2004 ; Sondi and Salopek-Sondi 
 2004  ) . Another important factor that has a profound effect on the photocatalytic bac-
tericidal activity is the intensity and wavelength of light irradiation (Hayakawa et al. 
 2007 ; Huang et al.  1998 ; Leung et al.  2008  ) . The absorption peaks of most of the 
semiconductor photocatalysts lie in the ultraviolet (UV) region i.e. have wavelengths 
smaller than 400 nm. However, it has been reported that the photolytic effect of UV-C 
(200–280 nm) is more pronounced than its photocatalytic effect, While it is just the 
reverse in the case of UV-A (350–400 nm) irradiation (Paleologou et al.  2007  ) . 
Furthermore, the inactivation rate has been reported to increase directly with the 
intensity of light (Benabbou et al.  2007  ) . The pH level of the microbial suspension is 
also found to affect the interaction between the catalyst and microbes and hence, the 
inactivation rate is quite high at some specifi c pH value depending upon the nature of 
microbes (Rincon and Pulgarin  2004b  ) . In addition to these, the photocatalytic micro-
bicidal activity also depends on water quality. The inactivation has been reported to 
occur much faster in distilled water than that in natural surface water (Rincon and 
Pulgarin  2004a  )  which could be due to scattering of light by suspended particles 
present in natural water, thereby lowering the total optical absorption of the photo-
catalyst. In conclusion, the type and physiological state of microbial, type and con-
centration of photocatalyst, wavelength and intensity of irradiation, pH of the 
microbial suspension, and quality of water under treatment are the important factor 
upon which the rate photocatalytic microbial inactivation depends. 

    13.2.1   Photocatalytic Inactivation of Microbes 

 This section is mostly devoted to studies on the effi ciency of metal oxide semicon-
ductor mediated photocatalysis in degrading all types of water. These include bacte-
ria, viruses, molds, algae and fungi. Among the various bacterial species,  Escherichia 
coli  ( E. coli ) have been extensively used as a model microorganism in testing the 
effi cacy of most of the newly synthesized disinfectant photocatalysts as well as newly 
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designed photo reactors (Krishna et al.  2008  ) .  E. coli , a gram negative bacterium, is 
abundantly found in the digestive tracts of most warm blooded animals including 
human beings.  E. coli  is generally referred to as opportunistic pathogen except fewer 
of the strains e.g.  E. coli  O157:H7. However, they are used as an indicator of the 
existence of fecal contamination. Apart from  E. coli  in pure water, the photocatalytic 
inactivation of other coliform bacteria (Total˜ 2.5 × 10 3 /100 ml, Fecal˜ 9 × 10 2 /100 ml) 
present in spring water has also been reported (Gelover et al.  2006  ) . 

 TiO 
2
  Degussa P25® has been used to inactivate four genera of gram negative bac-

teria including  E. coli  K-12,  Pseudomonas aeruginosa ,  Salmonella typhimurium , and 
 Enterobacter cloacae  (Ibanez et al.  2003  ) . Photocatalytic inactivation of  Escherichia 
coli ,  Staphylococcus aureus ,  Saccharomyces cerevisiae , and  Aspergilus niger  spores 
have been reported with Pd-doped TiO 

2
  and SnO 

2
  fi lms on glass substrates (Erkan 

et al.  2006  ) . A summary of the results of these experiments are tabulated in Table  13.1 . 
Keeping all the essential parameters constant, the inactivation rate of these organisms 
lie in the following order:  E. coli  >  S. aureus  > S . cerevisiae  >  A. niger  spores. The  
A. niger  spores were found very resistant against the photocatalytic process and sur-
vived for up to 8 h of irradiations on both the photocatalyst surfaces.  

 The effi cacy of TiO 
2
  (Degussa P25 ® ) coating (250 mg/cm 2 ) to degrade bacteria 

( E. coli ,  Pseudomonas aerugin osa), fungi ( Candida albicans, Fusarium sloani ), and 
protozoa (the trophozoite stage of  Acanthamoebe polyphaga ), spores ( Bacillus sub-
tilis ), and cysts under solar light irradiation has also been investigated (Lonnen et al. 
 2005  ) . Results indicate that sensitivity of the organisms decreases from bacteria to 
fungi, to spores, and to cysts due, obviously, to the hardness of their respective cell 
envelops. Detailed results are included in Table  13.2 . The negligible inactivation of 
cysts, in the process, excludes this organism from the list of potentially degradable 
microorganism by photocatalysis. However, the activity is greatly infl uenced by the 

   Table 13.1    Photocatalytic inactivation of three bacterial strains with undoped and Pd-doped TiO 
2
 /

SnO 
2
  fi lms   

 Org. 
 Catalyst 
fi lm  L. intensity 

 Irr. 
time (h) 

 %viability 
loss 

 R. constant 
(min −1 ) 

  Escherichia coli   Nil  10 mWcm −2   2  Nil  – 
  Escherichia coli   TiO 

2
 /SnO 

2
   Nil  2  Nil  – 

  Escherichia coli   TiO 
2
   10 mWcm −2   2  85  0.017 

  Escherichia coli   PdO/TiO 
2
   10 mWcm −2   2  98  0.023 

  Escherichia coli   SnO 
2
   10 mWcm −2   2  56  0.007 

  Escherichia coli   PdO/SnO 
2
   10 mWcm −2   2  68  0.008 

  Staphylococcus aureus   TiO 
2
   10 mWcm −2   3  87  0.004–0.020 

  Staphylococcus aureus   PdO/TiO 
2
   10 mWcm −2   3  98  0.007–0.028 

  Staphylococcus aureus   SnO 
2
   10 mWcm −2   3  79  0.004–0.012 

  Staphylococcus aureus   PdO/SnO 
2
   10 mWcm –2   3  90  0.008–0.015 

  Saccharomyces cerevisiae   TiO 
2
   10 mWcm −2   3  54  0.004 

  Saccharomyces cerevisiae   PdO/TiO 
2
   10 mWcm −2   3  65  0.006 

  Saccharomyces cerevisiae   SnO 
2
   10 mWcm −2   3  31  0.002 

  Saccharomyces cerevisiae   PdO/SnO 
2
   10 mWcm −2   3  41  0.003 
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light intensity. Higher intensities achievable through suitably designed concentra-
tors may enable the system to degrade the most resistant organisms like cysts. The 
microbicidal effect of TiO 

2
  encompasses the Fusarium species of soil borne patho-

genic fungi that are potentially harmful for crops particularly those grown in hydro-
ponic farming. These include  Fusarium equiseti ,  Fusarium oxysporum, Fusarium 
anthophilum, Fusarium vertcillioides , and  Fusarium solani  (Sichel et al.  2007  ) . The 
photocatalytic inactivation of the fungal genera have been observed in a suspension 
of TiO 

2
  (Degussa P25 ® ) at concentrations of 0.035 g/L under solar light illumina-

tion. Results indicate that the relative sensitivity shown by these fungal species, 
against solar-only and solar plus TiO 

2
  lie in the order:  F. oxysporum , >  F. solani , >  F. 

verticillioides  >  F. anthophilum  >  F. equiseti  and  F. verticillioides  >  F. oxysporum  > 
 F. solani  >  F. anthophilum  >  F. equiseti . The photocatalytic inactivation of  Clostridium 
perfringes  spores, which show resistance against chlorination, was witnessed with 
the use of TiO 

2
  photocatalyst. Complete inactivation was reported to occur after 

about 2 h of UV (360 nm) irradiation with the intensity of 192.73 Wm −2  (Dunlop 
et al.  2008  ) . Using thin fi lm of TiO 

2
  in synergism with the UV-C irradiation a 3log 

diminution in the cell viability of  Legionella pneumophila  was observed to occur 
within 15 min (Hayakawa et al.  2007  ) .  

 The bactericidal effect of TiO 
2
 , under UV-illumination, on three species of food-

borne pathogenic bacteria,  Salmonella choleraesuis ,  Vibrio papahaemolyticus , and 
 Listeria monocytogenes , was reported by Kim et al.  (  2003  ) . Results show that 
UV-alone inactivated 5–20% of the cells, while TiO 

2
  plus UV caused damage to 95% 

cells in each strain over the same time. The report also indicates that more than 92% 
of  Salmonella choleraesuis  lost viability after 30 min illumination with 20 W UV at 
intensity of 1 Wm −2 .  Listeria monocytogenes  strain showed more resistance against 
the activity than  V. papahaemolyticus  and  S. choleraesuis . Apart from its bactericidal 
effect, photocatalysis has been proved more effi cient in deactivating viruses, like, 
 polio-virus  and  infl uenza-virus  (Watts et al.  1995  ) . As most of the important factors 
of the process have been discussed in other sections, we list here most of the micro-
organisms that have been reported in the literature during studies on photocatalytic 

   Table 13.2    Solar-only disinfection (SODIS) and Solar-photocatalytic disinfection (SPC-DIS) of 
different water borne   

 Pathogen 
 Starting 
population 

 SODIS  SPC-SODIS 

 Reduction 
(logunits)  Time (h) 

 Reduction 
(logunits)  Time (h) 

  Escherichia coli DH5a   3 × 10 5   −5.5  2.5  −5.4  1.5 
  Candida albicans   2.5 × 10 5   −5.4  6.0  −5.4  4.0 
  Fusarium solani (conidia)   3.4 × 10 5   −5.5  8.0  −5.5  4.0 
  Pseudomonas aeruginosa   9.6 × 10  4   −5.0  2.0  −4.9  2.0 
  Acanthamoeba Polyphaga 

(Trophozoites)  
 2 × 10 4   −4.2  6.0  −4.2  2.0 

  Acanthamoeba Polyphaga 
(Cysts)  

 4 × 10 4    0.0  8.0   0.0  8.0 

  Bacillus subtilis (spores)   9.2 × 10 6   −1.7  8.0  −1.7  8.0 
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inactivation. The list includes;  Cryptosporidium parvum  oocysts (Ryu et al.  2008  ) , 
 Legionella pneumophila  (Oguma et al.  2004  ) ,  Pseudomonas aeruginosa  (Wu et al. 
 2009  ) ,  Total coliform  (Rizzo  2009  ) ,  Bacillus cereus  spores (Zhao et al.  2009  ) , 
 Fusarium solani  spores (Fernandez-Ibanez et al.  2009  ) ,  Bacillus anthracis  (Prasad 
et al.  2009  ) ,  Aspergilus niger  (Vohra et al.  2006  ) ,  Escherichia coli ,  Lactobacillus 
helveticus  (Liu and Yang  2003  ) ,  Entrobacter cloacae  SMI,  Streptococus iniae , 
 edwardsiella tarda  (Cheng et al.  2008  ) ,  Penicillium expansum  (Maneerat and Hayata 
 2006  ) ,  Giardia intestinalis  cysts,  Acanthameoba castellani  cysts (Sokmen et al. 
 2008  ) , marine bacteria  Alteromonas alvinellae  and  Photobacterium phosphoreum  
(Leung et al.  2008  )  and Bacterial phage MS2 (Sato and Taya  2006b  ) . Conclusively, 
bactericidal effect of photocatalysis has been tested on a wide range of microorgan-
isms including bacteria, fungi, viruses, spores and cysts. Keeping all the parameters 
constant, inactivation rate depends upon the thickness of the outer covering of the 
cell. The inactivation rate in gram negative bacteria is higher than in the gram posi-
tive bacteria, while spores and cysts show high resistance to the process.  

    13.2.2   Photocatalyst Disinfectants 

 Several nanoparticulate materials; like chitosan (Qi et al.  2004  ) , silver (Kim et al. 
 2008  ) , fullerene nC 

60
  (Lyon et al.  2008  )  etc. have been reported to exhibit microbi-

cidal effects. The activities of metal oxides semiconductors in synergism with elec-
tromagnetic irradiation are signifi cantly high. Nanoparticulate ZnO semiconductor 
shows strong cytotoxicity towards certain bacterial cells, such as  Escherichia col i and 
 Lactobacillus helveticus  (Adams et al.  2006  ) . TiO 

2
  is the most extensively studied 

material for its potent photocatalytic degradation of a vast variety of water and air 
borne microbial pathogens. In a report by Dunlop et al.  (  2002  )  the higher bactericidal 
activity exhibited by Degussa P25 ®  than pure TiO 

2
  from Aldrich was attributed to the 

smaller particle size (~30 nm) of Degussa P25 ®  than that of Aldrich (~1  m m) as cata-
lyst in the form of small particles cover more surface area to initiate more redox 
reactions. Moreover, in TiO 

2
  from Degussa, which is a mixture of anatase and rutile 

in the ratio of 70:30, the electron-hole recombination is effectively inhibited due to 
the existence of grain boundaries in the nanoparticulate mixture. This inhibition 
diverts more number of photogenerated charge carriers towards oxidation/reduction 
reactions in the bacterial cells. TiO 

2
  nanoparticles from Aldrich, on the other hand, 

were virtually perfect crystalline anatase and lacking defect sites to suppress the 
electron-hole recombination. The effect of crystal structure on the photocatalytic 
inactivation of bacteriophage MS2 was studied by Sato and Taya  (  2006b  ) . Catalyst 
composites of rutile-anatase mixture, with 0–100 wt.% anatase, were tested and 
maximum inactivation rate was observed for 70 wt.% of anatase phase. On the 
basis of the kinetic studies, it was concluded that for the maximum quantum inacti-
vation effi ciency, the two types of particles in the nano-composites must be in close 
contact of one another. In some cases Millennium PC500 ®  TiO 

2
  nanoparticles 

displayed better photocatalytic activity than the Degussa P25 ®  (Guillard et al.  2008  ) . 
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Millennium PC500 ®  is 100% anatase with specifi c surface area 320 m 2 /g which is 
several times higher than that of Degussa P25 ® . The faster inactivation of the PHL1273 
strain with PC500 ®  than with Degussa P25 ®  may be due to the smaller particle size 
of PC500 ® , that is, more particles adhere on the bacterial surface and make it more 
permeable with their photocatalytic redox-reactions. 

 Gumy et al.  (  2006  )  carried out a comparative study on thirteen TiO 
2
  samples, sup-

plied by different companies, for their relative effi ciencies in the photocatalytic inac-
tivation of  E. coli  under simulated sun light irradiation and found that Degussa P25 ®  
was the most effi cient photocatalyst material among them inspite of the fact that 
some of the samples had higher specifi c area than Degussa P25 ® . Regarding the 
optimal concentration of the photocatalyst, different researchers have reported dif-
ferent results. This is not unexpected because of the diversifi ed nature of all the 
parameters involved in the experiments. However, concentration of the photocatalyst 
has a predominant effect on the rate of activity. Keeping all other parameters con-
stant, the activity, in each experiment, is seen to increase till the concentration reaches 
its optimal value. Beyond this, the activity decelerates. Huang et al.  (  1998  )  reported 
that among the tested amounts of 0.1, 0.2, 0.5, 1.0 g/L, the catalyst concentration of 
1.0 g/L is the one at which the rate of bacterial inactivation was the highest, showing 
that the activity increases monotonically with the catalyst concentration. Kim et al. 
 (  2003  ) , however, reported that the activity decreased as the catalyst loading was 
increased from 1.0 to 1.25 g/L indicating 1.0 g/L as the optimal catalyst concentra-
tion. Contrary to this, Benabbou et al.  (  2007  )  found that among the different concen-
trations between 0.1 and 2.5 g/L, 0.25 g/L was the optimum catalyst concentration 
which gave complete disinfection of  E. coli  at concentration of 10 5 –10 6  cfu/mL. It 
was hypothesized that a bacterium size is about 30 times larger than the catalyst 
particle. So, each bacterium cell could be surrounded by the catalyst particles. The 
number of particles, in the optimum quantity (0.25 g/L), was enough to cover all the 
available bacterial cells, completely, and degrade them. If lesser quantity of the cata-
lyst was used, the available particles might not have covered each bacterium. On 
other hand, if the concentration of the catalyst, introduced in the suspension, was 
higher than the optimal value, then many particles might have not found any room on 
a bacterium surface. Such particles, obviously, could not contribute in the activity. 
Rather, their presence in the suspension could be counterproductive due to the scat-
tering of incoming light. This has been illustrated in Fig.  13.2 . For higher concentra-
tion of the bacteria (~10 8  cfu/mL), the hypothesis seems unacceptable, as, the 
estimated catalyst surface area, for the optimal quantity, was not enough to cover all 
the bacterial cells. Several reports suggested that 1 mg/ml is the optimal catalyst 
concentration for photo-bactericidal activity (Chawengkijwanich and Hayata  2008 ; 
Cho et al.  2004 ; Huang et al.  2000  ) . Generally, the optical catalyst loading depends 
upon the particle as well as the intensity of light used.  

 Besides TiO 
2
 , Ren et al.  (  2009  )  have reported the photocatalytic bactericidal effect 

of Bi 
2
 WO 

6
  under visible light irradiation. Also, recent reports show that nanoparticu-

late ZnO exhibits high bactericidal activity under visible light irradiation (Jones et al. 
 2008  ) ; the reason obviously is the existence of surface defects in ZnO nanocrystals. 
Bactericidal effect of polyoxometalates, as a homogeneous photocatalyst, has also 
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been reported. Bae et al.  (  2008  )  used different concentrations (below a specifi c value 
for each) of tungstosilicic acid (H 

4
 SiW 

12
 O 

40
 ), phosphotungstic acid (H 

3
 PW 

12
 O 

40
 ), 

and phosphomolybdic acid (H 
3
 PMo 

12
 O 

40
 ) in  E. coli  and  B. subtilis  suspensions sepa-

rately. The suspensions were irradiated with UV-A which revealed that polyoxo-
metalates mediated homogeneous photocatalysis was more effective than TiO 

2
  based 

heterogeneous photocatalysis. However, separation of homogeneous photocatalyst 
could be diffi cult from water after treatment. The discussion shows that the com-
mercially available form of TiO 

2
  (Degussa P25 ® ), has been found as the most effi -

cient photocatalyst under UV irradiation with optimal catalyst loading depending 
upon the type and concentration of microbial. Nanoparticulate ZnO, on other hand, 
exhibits high photocatalytic bactericidal effects under visible light.  

    13.2.3   Effect of Light Irradiation 

 A photocatalytic material like TiO 
2
  has been reported to show no bactericidal effect 

in the dark, while light alone has a considerable antimicrobial effi cacy depending 
upon its wavelength. However, the synergistic action of TiO 

2
  and light irradiation 

has proven to be effective for inactivation of microorganisms (Huang et al.  1998  ) . 
The mechanism of photocatalysis has been hypothesized to commence with the 
photo-generation of electron-hole pairs in the valance band of the TiO 

2
  semiconduc-

tor and proceeds through the migration of the electron in to the conduction band and 
the hole to the lower energy states in the valance band, and redox reactions due to 
the photo-generated electrons and holes. This is possible only if the incoming light 
photon is energetic enough to move the targeted electron to the conduction band. 
TiO 

2
  has a band gap of 3.2 eV. This corresponds to the maximum wavelength of 

387.5 nm, following the Einstein’s equation, which the incident radiation needs to 
have so that the process can be initiated. This is the reason for which TiO 

2
  exhibits 

  Fig. 13.2    Schematic diagram illustrating different catalyst loadings for the photocatalytic degra-
dation of bacteria       
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high photocatalytic activity with ultraviolet light irradiation. For a wavelength 
below the threshold value, 387 nm for TiO 

2
 , the photocatalytic microbicidal activity 

increases with the intensity of the irradiated light (Huang et al.  1998  ) . This is con-
sistent to the quantum theory of light, which states that the intensity of light mea-
sures the striking rate of photons on unit surface area. Hence, higher light intensity 
causes higher level photogeneration of electron-holes pairs (Cho et al.  2004  ) . 
Hayakawa et al.  (  2007  )  reported that TiO 

2
  photocatalyst caused prompt lethality to 

the legionella pneumophila bacterial strain in the presence of UV-C ( l  = 254 nm) at 
100 mW/cm 2  intensity, as compared with UV-A ( l  = 365 nm). This, obviously, is 
due to the photolytic effect of the highly energetic UV-C radiations. Benabbou et al. 
 (  2007  )  have also, reported a similar trend in the photocatalytic inactivation of  E. coli  
under UV-A ( l  > 340 nm), UV-B ( l  > 290 nm), UV-C ( l  > 200 nm) irradiation as 
given in Fig.  13.3 . Paleologou et al.  (  2007  ) , while disinfecting  E. coli  in wastewater, 
found that UV-C irradiation was two times more effi cient than UV-A plus TiO 

2
 . 

Shang et al.  (  2009  )  have shown that the inclusion of TiO 
2
  in the coliform (fecal) 

suspension during UV-C irradiation effectively suppressed the photo-reactivation of 
the bacteria during the subsequent 3 h fl uorescent light illumination. The reason 
might be the generation of stable oxidizing agents primarily hydrogen peroxide. 
Park and Hong  (  2006  )  have reported signifi cant enhancement in the photocatalytic 
degradation of algae (e.g.  Chroococcus sp ) when the TiO 

2
  and UV system was sub-

jected to additional illumination by normal fl uorescent light (FL). The reason for the 
enhancement was the initiation of photosynthesis in algae due to the FL irradiation 
that increased the production of oxygen. Concomitantly more oxidizing species 
were generated due to which the photocatalytic inactivation got promoted.  

 Leung et al.  (  2008  )  reported TiO 
2
  catalyzed photo-inactivation of marine bacte-

rial species under fl uorescent light irradiation. The relative susceptibility of the 
strains was attributed to their intracellular profi le and level of superoxide dismutase 
and catalase. Several species of gram-negative as well as gram-positive bacteria 
were photocatalytically inactivated under fl uorescent light irradiation by Pal et al. 
 (  2007  ) . The catalyst used in the study was immobilized TiO 

2
 . It was observed that 

 E. coli  was completely inactivated in 30 min irradiation time using TiO 
2
  loading of 

1,666 mg/m 2  and UV-A irradiance of 0.013 mW/cm 2 . This indicates that TiO 
2 
 medi-

ated photocatalysis can be effective for indoor air disinfection as 0.013 mW/cm 2  of 
UV light is usually present in the fl uorescent light spectrum. Ultrasonic irradiation 
(36 kHz, 300 W) exhibited bactericidal effect which was observed by Ogino et al. 
 (  2006  ) , to increase signifi cantly with the addition of TiO 

2
  and Al 

2
 O 

3
 . Hydroxyl radi-

cal was reported as the prime contributor in the activity. The effect of TiO 
2
  was more 

than that of Al 
2
 O 

3
 . 

 The major attraction of the application of photocatalysis, in detoxifi cation and 
disinfection of water and air, is its potential utilization of sunlight. In addition to 
being economical, utilization of solar light for the disinfection purpose has subtle 
environmental impacts (Munoz et al.  2005  )  as can be seen in Table  13.3 . However, 
there are concerns about the low effi ciency of solar photocatalytic disinfection that 
arises from the small percentage of UV radiation in the solar spectrum. Lonnen et al. 
 (  2005  )  reported photocatalytic degradation of several bacteria protozoa and fungal 
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strains in a batch-process reactor utilizing simulated solar light. However, the system 
left cysts of  A. polyphaga  and  B. subtilis  spores unharmed. Sichel et al.  (  2007  )  used 
solar light to kill agricultural fungi, Fusarium species, with TiO 

2
 . The average solar 

UV-A irradiance during the activity was 25.78 W/m 2 . Among the targeted fi ve 
Fusarium species,  F. equiseti  spores were found highly resistant and took 6 h to 
reduce it to the detectable limit (i.e. from 1,200 to 2 cfu/ml). During this period, the 

  Fig. 13.3    ( a ) Effect of the type of UV radiations on the photocatalytic inactivation of  E. coli  with 
TiO 

2
  (0.25 g/L); insert: survival of  E. coli  after 10 min irradiation in the process of absence of TiO 

2
  

using different light intensities; ( b ) Effect of intensity of UV-A on photocatalytic inactivation of  E. 
coli  with TiO 

2
  (0.25 g/L). Insert: time to decrease bacterial concentration from 10 6  to 10 2  cfu/ml as 

a function of irradiation intensity (Benabbou et al.  2007  )        
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UV-A irradiance was varied from 15 to 34 W/m 2  and the inactivation got accelerated 
when the UV-A irradiance exceeded the value of 20 W/m 2 . A complete inactivation 
of coliform (Total & Fecal) bacteria was observed in 15 and 30 min respectively, 
under solar irradiance of 1,000 Wm −2  (Gelover et al.  2006  ) . Duffy et al.  (  2004  )  used 
ambient solar light for the photocatalytic disinfection of  E. coli  and observed that the 
inactivation rate depended upon the UV dose absorbed by the bacterial suspension. 
The solar photocatalytic disinfection process can be accelerated by intensifying the 
light with the help of concentrators (Fernandez et al.  2005  ) . From the above discus-
sion, it could be concluded that; TiO 

2
  shows high photocatalytic activity under UV 

light, the microbial inactivation rate increases with the irradiation intensity, solar is 
signifi cantly effective in the photocatalytic microbial inactivation, the photocatalytic 
effi ciency could enhanced by using suitable designed solar concentrators.   

    13.2.4   Effect of pH on Photocatalytic Microbial Inactivation 

 Since, the photocatalytic disinfection proceeds through the adsorption of the nanopho-
tocatalyst at the organism surface, a variation in the pH level of the suspension is, 
therefore, deemed to affect the activity by establishing electrostatic interaction between 
the organism and the photocatalyst. Rincon and Pulgarin  (  2004b  )  have investigated the 
effect of pH during the photocatalytic disinfection of  E. coli  and have found that, while 
complete disinfection was obtained after 120 min of illumination, the suspension trans-
formed from neutral to acidic (pH dropped from 7 to 4). It has also been seen that the 
photolytic inactivation of the microorganism rises from 25% to 80% with simultaneous 
gradual decrease of the pH from 7 to 4 through the addition of HCl, as given in Fig.  13.4 . 
In the absence of bacteria, TiO 

2 
 modifi ed pH of the suspension decreased from 7 to 5.5 

upon light illumination, which was attributed to the formation of hydrogen ions: 

     ( ) •
2 2H O h TiO OH H+ ++ ® +

    

 The pH modifi cation from 7 to 4 in the photocatalytic inactivation of bacteria is 
due to the concomitant production of aliphatic acids during the oxidation process. It 
has been hypothesized that the surface charge of TiO 

2
  is a function of the pH value 

of the suspension. For pH higher than point of zero charge (PZC), 6.5 for TiO 
2
 , the 

catalyst surface is negatively charged, while for pH lower than PZC it becomes 
positively charged, as per the following equilibrium conditions:

     2pH PZC : TiOH H TiOH+ +< + «    

     
- -> + « + 2pH PZC : TiOH OH TiO H O     

 Virtually 100% of the 10 5  cfu/ml of  E. coli  lost the viability in about 40 min due 
to the synergistic effect of photocatalysis and pH modifi cation. Inhibition of the 
activity, with the increase of pH of the suspension, was observed by Kikuchi et al. 
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 (  1997  ) , who used phosphate buffers (Na 
2
 HPO 

4
    —NaH 

2
 PO 

4
 , 8:2) to increase the pH. 

Koizumi and Taya  (  2002  ) , while evaluating the effect of pH on the rate constant of 
the photocatalytic inactivation of phage MS2, observed that, within the pH range of 
3–10, the rate constant attained its maximum value at pH 6. It was argued that 
adsorption of the phage molecules on the catalyst surface played an effective role in 
the enhanced activity. The interaction between the phage molecules and the catalyst 
depends upon the surface properties that could be varied through pH of the suspen-
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  Fig. 13.4    ( a ) Photocatalytic disinfection of water contaminated with  E. coli  K-12 (■), natural 
evolution of pH during treatment; initial bacterial concentration 10 5  cfu/ml, light intensity: 400 W/
m 2 , TiO 

2
  concentration: 0.5 g/L. Dark control in the presence of TiO 

2
  (▲). ( b ) Infl uence of the pH 

modifi cation with continuous addition of HCl (0.1 mol/L) till to reach a pH of 4.0 (*), during the 
photocatalytic disinfection of water contaminated with  E. coli  K-12. Photocatalytic inactivation 
using 0.5 g/L of TiO 

2
  (▲), photocatalytic inactivation without pH modifi cation (○), control in  dark  

(●) (Rincon and Pulgarin  2004b  )        
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sion. Alrousan et al.  (  2009  )  reported a slight enhancement in the photocatalytic 
inactivation of  E. coli  upon the pH reducing from basic to acidic (8.5–5.5). The 
discussion reveals that pH value of the bacterial suspension drops during the course 
of photocatalytic inactivation process; the photocatalytic bacterial inactivation rate 
can be enhanced with adjusting pH of the bacterial suspension at a suitable level.  

    13.2.5   Effect of Water Quality 

 Nearly, all the factors affecting the effi ciency of photocatalysis for water disinfec-
tion have been investigated through a number of experiments. However, most of the 
experiments were performed with the contaminant suspensions prepared in deion-
ized water. Natural water, on the other hand, contains many other organic and inor-
ganic dissolved/suspended materials. Wist et al.  (  2002  )  carried out the photocatalytic 
disinfection tests of  E. coli  in distilled as well as tap water for 1.5 h irradiation. 
Results showed that beside the high effi ciency in the case of distilled water, no 
regrowth was observed for 48 h subsequent dark period. On the other hand, regrowth 
exceeded the initial concentration in 48 h post treatment period in the crude water. 
Rincon and Pulgarin  (  2004a  )  have examined the infl uence of the presence of several 
common inorganic and organic compounds on the photocatalytic inactivation of  
E. coli  in water. The study indicated that the inclusion of anions, like, HCO  

3
  −  , 

HPO4 2− /H 
2
 PO  

4
  −  , NO  

3
  −  , Cl − , and SO  

4
  2−  , to the  E. coli  suspension reduces the effi cac-

ity of photocatalytic disinfection. The effect was more pronounced in the case of 
HCO  

3
  −   and HPO  

4
  2−  /H 

2
 PO  

4
  −  than for NO  

3
  −  , Cl − , and SO  

4
  2−  , which was ascribed to 

arise from the adsorption of anions on the catalyst surface and the subsequent inhi-
bition of light to accede the catalyst surface, scavenging the  • OH radicals and the 
photogenerated holes (h + ) by the anions. Similar to the anions, cations like, Na +  and 
K + , were also found to suppress the activity. Photocatalytic inactivation could be 
accelerated with the incorporation of H 

2
 O 

2
 , as shown in Fig.  13.5 . The photocata-

lytic disinfection of wastewater and of pure  E. coli  suspension carried out under 
identical conditions produced results with a striking difference between the two 
(Rincon and Pulgarin  2004a  ) . The pure  E. coli  culture was completely disinfected 
in less than 30 min, while only 2log reduction in the bacterial survival rate was 
observed in the wastewater upon illumination with UV light for 2 h.  

 To study the effect of water quality on its photocatalytic disinfection, Alrousan 
et al.  (  2009  )  carried out tests on  E. coli  in distilled water and in surface water sepa-
rately. The outcomes of the experiments showed that the photocatalytic disinfection 
took place with signifi cantly higher rate in spiked distilled water than in the natural 
surface water. Further, the addition of nitrate (NO 

3
 ) − , sulphate (SO 

4
 ) − , and humic 

acids suppressed the activity in the order nitrate < sulphate < humic acids. The nega-
tive effect of anions on the activity was ascribed to their adsorption on the catalyst 
particles. The profound effect of humic acid, on the photocatalytic disinfection rate, 
showed that the main factor involved in the low effi ciency of the photocatalytic 
 disinfection of surface water was the presence of high concentration of suspended 
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organic materials. Those materials were in competition with the target microorgan-
isms for active sites on the catalyst surface, oxidants, and light photons. Paleologou 
et al.  (  2007  )  found that UV-C and UV-C along with ultrasound treatments were more 
effi cient than TiO 

2
  with UV-A to disinfect spiked water. These authors proclaimed 

no regrowth of bacteria in the UV-C treated in the above-mentioned wastewater for 
24 h of the subsequent dark period. Fernandez-Ibanez et al.  (  2009  )  showed that 
keeping all the conditions the same, complete photocatalytic disinfection could not 
be achieved in the well water. The discussion shows that the photocatalytic disinfec-
tion rate gets suppressed by the presence of organic and inorganic materials sus-
pended in water. For the purifi cation of surface water it is, therefore, suggested that 
suspended materials should be removed from water through some suitable technique 
prior to complete disinfection with photocatalysis.   

    13.3   Mechanism of Microbial Degradation 

 The microbicidal effi cacy of heterogeneous photocatalysis is well documented. In 
order to enhance its effi ciency for practical applications, detailed study of all the 
involved parameters is crucial. In aqueous suspension, using the catalyst in slurry 
form, the activity mainly proceeds through the adsorption of the catalyst particles 
on the organism surface. With illumination, these particles start oxidation-reduction 
reactions which bring about damages to the protective envelope of the organism. 
With prolonged illumination, the outer cell membrane is degraded to the extent that 
the oxidizing agents get in to the cell and attack the intracellular contents. At the 

  Fig. 13.5    Infl uence of H 
2
 O 

2
  (10 mg/L) on  E. coli  K-12 inactivation by sunlight in the presence of 

TiO 
2
  (1 g/L). The initial  E. coli  concentration was 10 7  cfu/ml and light intensity of 400 Wm −2  

(Rincon and Pulgarin  2004b  )        
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same time, effl ux of the intracellular contents starts and ultimately the cell dies. The 
gradual oxidative damage to the outer cell membrane and their impact on the viabil-
ity of cells have been investigated by Huang et al.  (  2000  ) . Increased cell wall perme-
ability and the subsequent perforation of the cytoplasmic membrane were observed 
through the detection of the leakage of  b -D-galactosidase. The results strengthened 
the notion that cell membrane is the primary target of photocatalytically generated 
oxidants in the activity, as shown in Fig.  13.6 . Erkan et al.  (  2006  )  while commenting 
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  Fig. 13.6    ( a ) Effect of TiO 
2
  photocatalytic reaction on cell permeability. TiO 

2
  and  E. coli  slurry 

containing 10 6  mg/ml TiO 
2
  was illuminated with UV light (8 W/m 2 ). The o-nitrophenole  b -D-

galactosidase (ONPG) assay was initiated by mixing TiO 
2
 -treated cells with 0.1 mM ONPG. TiO 

2
 -

mediated membrane damage was shown by the change in ONPG hydrolysis rate. Total 
 b -D-galactosidase activity ( dashed lint ) represents the total accessibility of  b -D-galactosidase in 
untreated  E. coli  cells. ( b ) The leakage of interacelluler  b -D-galactosidase induced by TiO 

2
  photo-

catalytic reaction. Cell fi ltrates were obtained from cells treated with TiO 
2
  and UV light. The pres-

ence of  b -D-galactosidase in the cell fi ltrate was determined by ONPG assay, and  b -D-galactosidase 
activity was expressed as the ONPG hydrolysis rate (Huang et al.  2000  )        
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on the comparatively high resistance exhibited by  Staphylococcus aureus  (a gram-
positive bacteria strain) against photocatalytic immobilization, stated that it is due 
to their thicker cell wall (25 nm) as compared to that of gram-negative bacteria 
(3 nm). The same was the cause of the prolonged viability exhibited by the bacterial 
spores and cysts. Sunada et al.  (  2003  )  observed that spheroplasts which lack pepti-
doglycan layer and some part of the outer membrane, exhibited more susceptibility 
to photo-killing than the intact  E. coli  cells.  

 Rincon and Pulgarin  (  2004a  )  have reported that the physiological state of bacteria 
has a marked infl uence on their photocatalytic inactivation. They observed that  E. 
coli  in the exponential phase was more susceptible to photocatalytic inactivation than 
in the stationary phase. This is because in the state of infancy, the organisms have 
very thin cell membrane and are prone to oxidative damages. Also, Dantur and 
Pizarro  (  2004  )  have reported that the photolytic effect of UV-A was more pronounced 
on  E. coli  in its exponential-growth phase than in the stationary-phase. While inves-
tigating the photocatalytic inactivation mechanism of several strains of  Legionella 
pneumophila , Cheng et al.  (  2007  )  found that lipid peroxidation of the cell covering 
caused the hydroxyl radicals to enter the cell and destroy the intracellular compo-
nents. The decrease of the C-16 branched-chain fatty acid in the treated cells con-
fi rmed the proposed mechanism. Ren et al.  (  2009  )  observed the leakage of K +  ions 
from the photocatalytically degraded cells of  E. coli . Sichel et al.  (  2007  )  observed the 
accumulation of the catalyst particles at the surface of  F. equiseti macroconidia  and 
 F. oxysporum  spores and showed the microscopic images of the photocatalytic deg-
radation process of the organism. The images for  F. equiseti macroconidia  are shown 
in Fig.  13.7 . Amezaga-Madrid et al.  (  2003  ) , on the basis of Transmission Electron 
Microscope (TEM) micrographs of the decaying  P. aeruginosa , have formed a differ-
ent opinion that the photocatalytic treatment rendered the target bacterial cells to 
undergo abnormal cell divisions. Concomitantly, the daughter cells were either inca-
pable to survive or undergo premature cell divisions, which resulted in the complete 
disintegration of the organism.  

 All the reports described above suggest that the outer cell membrane is the 
primary site of attack of the oxidants in the photocatalytic treatment. The oxidants 
infl ict irreversible damages on the outer and cytoplasmic membrane due to which 
the microorganism ceases its life sustaining functions. The action also increases the 
permeability of cell envelope. This initiates infl ux of the oxidants into the cell, 
where they can degrade the intracellular contents and disrupt the whole system. At 
the same time the intracellular material starts leaking out and ultimately the cell 
disintegrates. 

 Cho et al.  (  2004  )  reported that the hydroxyl radicals ( • OH) play the major role in 
the photocatalytic inactivation of  E. coli , as there was a striking linear correlation 
between the  • OH concentration and the rate of  E. coli  degradation. The contribution 
of  • OH radicals in the activity was estimated by adding methanol ( • OH scavenger) 
into the suspension during the photocatalytic treatment. Kikuchi et al.  (  1997  ) , on the 
basis of experimental evidences, suggested that it may be the H 

2
 O 

2
  and not  • OH 

which play the main role in the activity. However, Rincon and Pulgarin  (  2004b  )  
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were of the opinion that the H 
2
 O 

2
  added to the suspension converts into  • OH radicals 

as per the following reactions.

     
( ) •

2 2 2 2TiO e O TiO O- -+ ® +
   

     
- ++ ®• •

2 2O H HO    

     2

• •
2 2 2O HO O HO- -+ ® +

   

     ® +•
2 2 2 22HO O H O    

     
- ++ + ®•

2 2 2HO e H H O    

     2

• •
2 2 2 2H O HO H O OH O+ ® + +

   

     
( ) •

2 2 2 2TiO e H O TiO OH OH- -+ ® + +
    

 Cho et al.  (  2004  )  stated that the  • OH radical is 1,000–10,000 times more effec-
tive in the inactivation of  E. coli  than the other disinfectants, like, chlorine, ozone, 
and chlorine dioxide. Farshbaf Dadjour et al.  (  2006  )  used ascorbic acid, histidine 
and glutathione and observed that  • OH was the main contributor in the  Legionella 

  Fig. 13.7    Macroconidia of  Fusarium equiseti  with Malachite green ( a ) before and ( b ) after 5 h 
photocatalytic treatment (Sichel et al.  2007  )        
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pneumophila  inactivation in the ultrasonic treatment in the presence of TiO 
2
 . While 

investigating the role of H 
2
 O 

2
  and  • OH radicals in the photocatalytic degradation of 

bacteria, using the Electron Spin Resonance (ESR) technique, Yan et al.  (  2009  )  
observed a signifi cant enhancement in the inactivation rate with the addition of 
H 

2
 O 

2
 . However, suppression of the activity with the addition of catalase indicated 

that it’s the  • OH radical, which plays the prime role in the photocatalytic bacterial 
deactivation process. H 

2
 O 

2
 , on the other hand, acts as a source of  • OH radicals as per 

the above mentioned reactions. In addition to  • OH, a signifi cant number of carboxyl 
radical anion (CO  

2
  −  ) were produced during the photocatalytic process of TiO 

2
  

(anatase) in the presence of UV-A, using the electron spin resonance technique 
(Dodd and Jha  2009  ) . The CO  

2
  −   might form in the reaction of  • OH radicals with 

di- and tri-carboxylic acids and possibly amino acids. The radical itself looked 
unable to cross the cell membrane and degrade DNA. However, they can readily 
react with oxygen to form superoxide anions, as per the reaction

     
- -+ ® +• •

2 2 2 2CO O CO O     

 The O  
2
  •−   radicals subsequently converted into H 

2
 O 

2
  which can diffuse through 

the cell membrane and form  • OH radicals, through Fenton reaction, in close proxim-
ity to the DNA and degrade it. In conclusion, the outer cell covering of a bacterium 
is the primary site of attack of the photocatalyst which adsorb at the cell surface and 
produce  • OH radicals with the irradiation of light. Through oxidation reactions  • OH 
radicals perforate the cell membrane and effl ux of the intracellular contents starts 
leading to the cell death.  

    13.4   Kinetics of Photocatalytic Bacterial Inactivation 

 The photocatalytic microbial inactivation is a complex process and its rate is sensi-
tive to a variety of factors, like, nature and concentration of the microorganism, 
type, composition and concentration of the catalyst, nature and intensity of illumi-
nation, pH level of the suspension, water quality, etc. The time profi les of the micro-
bial viability under photocatalytic treatments are, however, alike. Three regions 
characterize the general curve of the photocatalytic loss of viability with time. These 
include; (a) the retarded inactivation at the initial stage, (b) the “log-linear” middle 
part which covers the major portion of the curve and at which, the process proceeds 
with maximum rate, (c) the decelerated end part of the curve, as given in Fig.  13.8 .  

 In order to standardize their experimental data, different researchers used differ-
ent kinetic models. Several researchers are of the opinion that their experimental 
data agree with the Chick-Watson kinetic model (Pal et al.  2007 ; Rincon and Pulgarin 
 2004b  ) . The general form of the Chick-Watson kinetic model is given below:

     

æ ö
= -ç ÷

è ø0

[ ]nN
log k c t

N
   

(13.1)
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where N 
0
 , N are the concentrations of microorganism at time t = 0 and t = t, c is the 

catalyst concentration, n is the reaction order, t is the irradiation time, and k is the 
reaction constant. The value of n, determined from the slope of the curve of log(dN/
dt) vs log(c), is nearly 1. The inactivation process is, therefore, termed as ‘fi rst-order 
reaction’. Equation  13.1  can also be written as

     
1

0

[ ]
N

log k c t k t
N

æ ö
= - = -ç ÷è ø

   
(13.2)

  

where k 
1
  is the rate constant. The pseudo-fi rst-order kinetic model, given by Eq.  13.2 , 

has no provision for the shoulder and tail and hence, is applicable to the log-linear 
region. In order to incorporate the shoulder into it, the delayed-Chick-Watson model 
was introduced (Rennecker et al.  1999  )  which is of the form:

     

1 0

0

1
1 0

1
0 log

log( / )
1

( ) log

lag

lag lag

N
t t

k N
N N

N
k t t t t

k N

é æ ö
³ =ê ç ÷è øê= ê æ öê- - > = ç ÷ê è øë    

(13.3)

   

 The delayed-Chick-Watson model can fi t reasonably the microbial inactivation 
curve including shoulder. However, the provision for the tail is still not there. To 
include the consideration for all the three regions of the curve, a modifi ed-Chick-
Watson model was thus proposed. This is given as:

     
-= - 2

0 1log( / ) [1 ]k tN N k e    (13.4)   

  Fig. 13.8    Photocatalytic inactivation of 10 6  cfu/ml  E. coli  suspension with different loading of 
Degussa P25 ®  (Marugan et al.  2008  )        
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 Where, k 
2
  is the fi rst order decay constant. The modifi ed-Chick-Watson model, 

given in Eq.  13.4  can explain the initial delay in the activity or inhibition in the 
process activity at the end. However, it is unable to provide information on both the 
regions, simultaneously (Marugan et al.  2008  ) . Hom’s model for the microbial dis-
infection kinetics is frequently applied to the experimental data that departs from 
the Chick’s inactivation law. Hom’s model introduced an empirical coeffi cient in the 
Chick-Watson model given in Eq.  13.2  (Barbeau et al.  1999  ) . The expression took 
the form:

     = -0log( / ) n mN N kc t    (13.5)   

 This expression reduces to the classic Chick-Watson model for m = 1, produces 
shoulder and tail regions for m > 1 and m < 1, respectively. However, it is also unable 
to produce both regions simultaneously. The problem was addressed by Barbeau 
et al.  (  1999  ) , Haas and Joffe  (  1994  )  who introduced the modifi ed Hom’s kinetic 
model, the simplifi ed version of which, assuming that the catalyst remains unaltered 
during the photocatalytic process, is given in Eq.  13.6  (Marugan et al.  2008  ) .

     
-= - - 32

0 1log( / ) (1 )kk tN N k e    (13.6)   

 Where, k 
1
  is the decay constant, k 

2
  is the fi rst order ozone decay constant and k 

3
  a 

model parameter. Graphical features of Eq.  13.6  indicate that the modifi ed Hom’s 
kinetic model could reproduce the experimental data describing all the three regions. 
However, the model is devoid of the physical meaning of its three parameters k 

1
 , k 

2
 , 

and k 
3
  (Marugan et al.  2008  ) . As has been found experimentally, the photocatalytic 

process of bacterial inactivation mainly occurs due to the interaction of bacteria and 
the photocatalyst. Using the Langmuir-Hinshelwood kinetic model Marugan et al. 
 (  2008  )  deduced new expressions that could describe the photocatalytic inactivation 
of bacteria. These expressions are given by Eqs.  13.7  and  13.8 .

     
= -

+ +
1 1

1 2
2 1 2 21

n

n n

dN N
k k

dt k N k N    
(13.7)

  

     

-
=

+ +
2 1 2

1 2
2 1 2 21

n n

n n

dN N N
k k

dt k N k N    
(13.8)

   

 Where, N 
1
  is the number of undamaged colonies, N 

2
  is the number of damaged colo-

nies and k 
1
  is a constant. Marugan et al.  (  2008  )  proclaimed that their kinetic model 

is capable not only to produce the bacterial inactivation curve with all its three distinct 
regions, but also has each of its three parameters with its physical meaning, such 
that; the kinetic constant k 

1
  stands for the rate of reaction between the microorgan-

isms and the reactive oxygen species (ROS). This is a unique constant when applied 
to log-linear region. The pseudo-adsorption constant k 

2
  represents the adsorption of 

the catalyst on the bacteria and is responsible for the shoulder in the inactivation curve. 
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The inhibition co-effi cient n is dealing with the affect of concentration of the 
disinfection by-products, which are in competition with the viable cells for the 
ROS. Thus, n is mainly concerned with the tail region of the inactivation curve. 
Hence, among a variety of proposed kinetic models, the one represented by Eqs.  13.7  
and  13.8  is the most suitable one due its specifi c constant corresponding to each of 
the three regions in the kinetic curve of the photocatalytic inactivation of bacteria.  

    13.5   Photocatalytic Effi ciency Enhancements 

 Microbicidal effect of TiO 
2
  mediated photocatalysis has been conceded based on 

numerous experimental evidences. The process, no doubt, looks very advantageous 
in its applications for the disinfection of drinking water, but has some limitations in 
its practical use. The photocatalyst TiO 

2
  used as slurry show high bactericidal effi -

ciency, but its extraction from the treated water is a cumbersome task. The simplest 
possible solution is to immobilize the catalyst by coating it on a fi xed support. 
Van Grieken et al.  (  2009  )  observed diminution of the effi ciency in applying the 
catalyst in the immobilized form due to the loss of exposed surface area of the 
embedded TiO 

2
  particles. In order to improve its effi ciency, modifi cation of the cata-

lyst material through doping has been extensively examined with a variety of dop-
ants and doping processes. Sayilkan et al.  (  2009  )  synthesized Sn +4 -doped TiO 

2
  

nanoparticles through hydrothermal process. The particles, due to their large spe-
cifi c area of 100 m 2 /g, exhibited strong bactericidal effect towards  E. coli  (gram 
negative) and  S. aureus  (gram positive) bacterial strains, in both ways i.e. slurry and 
thin fi lm on glass. The incorporation of Sn +4  ions in to the TiO 

2
  crystals is expected 

to cause a red-shift in the absorption of the catalyst, which may improve its bacteri-
cidal effi cacy under visible light illumination. Erkan et al.  (  2006  )  fabricated thin 
fi lm of Pd-doped TiO 

2
  on glass substrates though sol-gel method and observed sig-

nifi cant changes in its optical and electrical properties. The inactivation of  E. coli  
was found to increase from 85% to 98% upon irradiation of 10 mW/cm 2  UV-visible 
light for 2 h, given in Table  13.1 . Nitrogen-doped TiO 

2
  has been observed to inacti-

vate a variety of human pathogens under visible light irradiation (Wong et al.  2006  ) . 
TiO 

2
  doped with iron showed better E. coli inactivation than pure TiO 

2
  under UV-A 

irradiation (Wang and Gong  2007  ) . Vohra et al.  (  2006  )  reported complete disinfec-
tion of indoor air from a variety of micro-pathogens using silver doped titania. The 
strong oxidative  • OH radicals can also be produced through photofenton reactions. 
Wu et al.  (  2009  )  prepared a composite palladium oxide (PdO) and nitrogen doped 
titanium oxide (TiON) via sol-gel method and disinfected gram-negative as well as 
gram-positive bacteria with visible light irradiation. The inclusion of FeCl 

3 
, as a 

source of Fe 3+  ions, into the bacterial suspension generates additional  • OH radicals 
in the presence of visible light of wavelength up to 600 nm. Rincon and Pulgarin 
 (  2006  )  claimed enhanced bactericidal effect with Fe 3+ +TiO 

2
  under UV-vis irradia-

tion. Apart from doping, just mixing the catalyst with another suitable material 
could alter its bactericidal effect. The Ag-TiO 

2
  (1% w/w) composite not only showed 
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strong bactericidal effect but also degraded malondialdehyde (MDA), which is a 
potent carcinogenic material produced from the lipid peroxydation during the  E. 
coli  cell disintegration (Sokmen et al.  2001  ) , as shown in Fig.  13.9 .  

 Kubacka et al.  (  2008  )  used anatase type TiO 
2
  nano-powder loaded with silver 

(Ag) through impregnation or with photo deposition methods. The photocatalytic 
effi ciencies of both the samples were identical for Ag loading up to 1 wt.%, while, 
above this loading the effi ciency of powder synthesized via photo deposition was 
signifi cantly higher than the impregnated samples. The reason might be the way in 
which Ag got attached to the TiO 

2
  that facilitates formation and delivery of  • OH 

radicals. Tatsuma et al.  (  2003  )  reported that TiO 
2
 -WO 

3
  composite, in conjunction 

with the UV-illumination, not only inactivated  E. coli  during the illumination but 
maintained the activity in post treatment dark period too. The report hypothesized 

1,2
a

b

M
D

A
 n

m
o

l/m
g

 c
el

l d
ry

 w
t.

MDA Degradation

M
D

A
 n

m
o

l/m
L

1

0,8

0,6

0,4

0,2

0

3

2,5

2

1,5

1

0,5

0

0 10 15 20

Time (min)

TiO2/UV

TiO2/UV

Ag-TiO2/UV

Ag-TiO2/UV

30 40

0 5 10 15

Time (min)

20 30

  Fig. 13.9    ( a ) Formation and (b) degradation of malondialdehyde ( MDA ) during the photocatalytic 
treatment of  E. coli  on neat TiO 

2
  and Ag-loaded TiO 

2
  (Sokmen et al.  2001  )        

 



536 M.A. Mahmood et al.

that during the irradiation period the composite gets charged with the reductive 
energy, while during the subsequent dark stage it keeps discharging and sustains the 
activity. This effect was not observed with the fi lm that was not charged with illumi-
nation prior to the activity. The assumption of charging was derived from the 
50–40% (at 600 nm) decrease in the refl ectance of the fi lm, while no further decrease 
was observed with continuous irradiation. Spectroscopic analysis revealed that 
tungsten oxide (WO 

3
 ), present in the composite was electrochemically charged. 

Dye sensitization has gained great popularity in solar photovoltaics. Illumination 
with visible light the dye material gets excited and injects electrons into the conduc-
tion band of the photocatalyst substrate. Consequently, the photo-generation of 
electron-hole pairs occurs with visible light irradiation. Yu et al.  (  2003  )  reported 
enhanced photo inactivation of bacterial cells on the dye (CuPcTs/CuPsCl 

14–15
 ) 

coated TiO 
2
  fi lm under visible light irradiation. The rate of inactivation increased 

with the time of dye adsorption (6 h was found to be optimum). Yao et al.  (  2007  )  
have reported photocatalytic inactivation several species of plant pathogens with 
dye (TPPN)-sensitized TiO 

2
  under visible light illumination. Polyhydroxy fuller-

enes (PHF) have also been applied to scavenge photo-generated electrons from pho-
tocatalysts and concomitantly, enhance the generation of  • OH radicals. Krishna 
et al.  (  2008  )  reported that the amount of PHF used was 100 times less than that of 
other enhancers, while, the activity increased by 70%. The Nd +3 -doped TiO 

2
  

(anatase) coated NiFe 
2
 O 

3
  also exhibited improvement in the bactericidal activity 

(Rana et al.  2006  ) . Christensen et al.  (  2003  )  found that  E. coli  inactivation by the 
TiO 

2
  electrodes, under UV irradiation, was accelerated with the application of a 

small voltage. Dunlop et al.  (  2008  )  observed a signifi cant increase in the photocata-
lytic inactivation of  Clostridium perfringes  spores by applying a small bias to the 
TiO 

2
  coated Degussa Ti-alloy electrode. In order to avoid the cumbersome job of 

catalyst removal from the treated water, many of the researchers prefer to apply it in 
the form of coatings on solid surfaces. In this connection, Subrahmanyam et al. 
 (  2008  )  used pumice stone to support the TiO 

2
  photocatalyst and reported its strong 

bactericidal effect. Nano-composites, comprising of multiwalled carbon nanotubes 
(MWNT) coated with TiO 

2
  nanoparticles, synthesized by Lee et al.  (  2005  )  and the 

photocatalytic microbicidal effi cacy of the composite was tested on endospores of 
 Bacillus cereus  under UV irradiation with peak at 350 nm. Results indicated that the 
TiO 

2
 -MWNT composite was about three times more effective than the popular TiO 

2
  

photocatalyst, Degussa P25 ® . The high effi ciency was ascribed to the very large 
specifi c surface area and electron trap at the interface between MWNT and TiO 

2
  

particles. Krishna et al.  (  2005  )  found two times enhancement with the TiO 
2
  (anatase) 

coated MWNT to inactivate Bacillus cereus endospores under UV irradiation. 
Further,  E. coli  contaminated water was photocatalytically disinfected with TiO 

2
  

thin fi lm irradiated with fl uorescent light (28 W/m 2 ) (Sato and Taya  2006a  ) . It was 
found that application of Cu +2  (10 mM/m 3 ) conferred double photocatalytic 
effi ciency on the fi lm. It has been observed that Cu +2  was reduced by the photo-
generated electrons on TiO 

2
  and converted in to Cu + . The reaction of Cu +  with H 

2
 O 

2
  

produced OH radicals. TiO 
2
  composite with the activated carbon also exhibited 

enhanced photocatalytic inactivation of  E. coli  than pure TiO 
2
  (Li et al.  2008  ) . 
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Owing to the recent reports about the predominantly high antibacterial activity of 
the illuminated ZnO nanoparticles, Rajendran et al.  (  2010  )  deposited them on fab-
rics which were found signifi cantly effective against  Staphylococcus aureus . Hence, 
a number of attempts have been made to improve the effi ciency of photocatalysts 
under visible light. These include; doping and/or compositing of the photocatalysts 
with suitable materials, dye sensitization, and application electrical voltage etc.  

    13.6   Conclusion 

 Photocatalysis has been extensively studied due to its potential effects in the disin-
fection of drinking water. Its microbicidal effects have been tested on wide range of 
commonly found water borne microbial pathogens. The inactivation rate has been 
observed to vary with microbial species depending upon the stiffness and thickness 
of their cell envelops. Titanium dioxide in its commercially available form (Degussa 
P25 ® ) has been found with high microbicidal effi ciency under UV irradiation, while 
the bacterial inactivation rate increases linearly with the intensity of light. Water 
disinfection through photocatalysis has been observed to suppress due to presence 
of suspended materials and so effi ciency of the process is lower for surface water 
than distilled water. The activity also depends upon the pH value of the water under 
treatment. Attempts have been made to improve solar photocatalytic disinfection 
effi ciency through doping, coupling, and dye sensitization. Most of the researchers 
have claimed signifi cant improvements in the effi ciency accomplished with such 
modifi cations. An intensive research work in the fi eld is going on and it is hoped 
that soon we will be having an effi cient and low cost photocatalytic water purifi ca-
tion system working under ambient solar light.      
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