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Foreword

International concern in scientific, industrial, and governmental communities over 
traces of xenobiotics in foods and in both abiotic and biotic environments has justi-
fied the present triumvirate of specialized publications in this field: comprehensive 
reviews, rapidly published research papers and progress reports, and archival docu-
mentations. These three international publications are integrated and scheduled to 
provide the coherency essential for nonduplicative and current progress in a field as 
dynamic and complex as environmental contamination and toxicology. This series 
is reserved exclusively for the diversified literature on “toxic” chemicals in our 
food, our feeds, our homes, recreational and working surroundings, our domestic 
animals, our wildlife and ourselves. Tremendous efforts worldwide have been 
mobilized to evaluate the nature, presence, magnitude, fate, and toxicology of the 
chemicals loosed upon the earth. Among the sequelae of this broad new emphasis 
is an undeniable need for an articulated set of authoritative publications, where one 
can find the latest important world literature produced by these emerging areas of 
science together with documentation of pertinent ancillary legislation.

Research directors and legislative or administrative advisers do not have the time 
to scan the escalating number of technical publications that may contain articles 
important to current responsibility. Rather, these individuals need the background 
provided by detailed reviews and the assurance that the latest information is made 
available to them, all with minimal literature searching. Similarly, the scientist 
assigned or attracted to a new problem is required to glean all literature pertinent to 
the task, to publish new developments or important new experimental details 
quickly, to inform others of findings that might alter their own efforts, and eventu-
ally to publish all his/her supporting data and conclusions for archival purposes. 
In the fields of environmental contamination and toxicology, the sum of these concerns 
and responsibilities is decisively addressed by the uniform, encompassing, and 
timely publication format of the Springer triumvirate:

Reviews of Environmental Contamination and Toxicology [Vol. 1 through 97 
(1962–1986) as Residue Reviews] for detailed review articles concerned with 
any aspects of chemical contaminants, including pesticides, in the total environ-
ment with toxicological considerations and consequences.
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vi Foreword

Bulletin of Environmental Contamination and Toxicology (Vol. 1 in 1966) for rapid 
publication of short reports of significant advances and discoveries in the fields 
of air, soil, water, and food contamination and pollution as well as methodology 
and other disciplines concerned with the introduction, presence, and effects of 
toxicants in the total environment.

Archives of Environmental Contamination and Toxicology (Vol. 1 in 1973) for 
important complete articles emphasizing and describing original experimental or 
theoretical research work pertaining to the scientific aspects of chemical 
contaminants in the environment.

Manuscripts for Reviews and the Archives are in identical formats and are peer 
reviewed by scientists in the field for adequacy and value; manuscripts for the 
Bulletin are also reviewed, but are published by photo-offset from camera-ready 
copy to provide the latest results with minimum delay. The individual editors of 
these three publications comprise the joint Coordinating Board of Editors with 
referral within the Board of manuscripts submitted to one publication but deemed 
by major emphasis or length more suitable for one of the others.

Coordinating Board of Editors



Preface

The role of Reviews is to publish detailed scientific review articles on all aspects of 
environmental contamination and associated toxicological consequences. Such 
articles facilitate the often-complex task of accessing and interpreting cogent scien-
tific data within the confines of one or more closely related research fields.

In the nearly 50 yr since Reviews of Environmental Contamination and 
Toxicology (formerly Residue Reviews) was first published, the number, scope and 
complexity of environmental pollution incidents have grown unabated. During this 
entire period, the emphasis has been on publishing articles that address the presence 
and toxicity of environmental contaminants. New research is published each yr on 
a myriad of environmental pollution issues facing peoples worldwide. This fact, 
and the routine discovery and reporting of new environmental contamination cases, 
creates an increasingly important function for Reviews.

The staggering volume of scientific literature demands remedy by which data can 
be synthesized and made available to readers in an abridged form. Reviews 
addresses this need and provides detailed reviews worldwide to key scientists and 
science or policy administrators, whether employed by government, universities or 
the private sector.

There is a panoply of environmental issues and concerns on which many scien-
tists have focused their research in past yr. The scope of this list is quite broad, 
encompassing environmental events globally that affect marine and terrestrial 
ecosystems; biotic and abiotic environments; impacts on plants, humans and wild-
life; and pollutants, both chemical and radioactive; as well as the ravages of 
environmental disease in virtually all environmental media (soil, water, air). New 
or enhanced safety and environmental concerns have emerged in the last decade to 
be added to incidents covered by the media, studied by scientists, and addressed by 
governmental and private institutions. Among these are events so striking that they 
are creating a paradigm shift. Two in particular are at the center of ever-increasing 
media as well as scientific attention: bioterrorism and global warming. Unfortunately, 
these very worrisome issues are now super-imposed on the already extensive list of 
ongoing environmental challenges.

The ultimate role of publishing scientific research is to enhance understanding 
of the environment in ways that allow the public to be better informed. The term 
“informed public” as used by Thomas Jefferson in the age of enlightenment 
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viii Preface

conveyed the thought of soundness and good judgment. In the modern sense, being 
“well informed” has the narrower meaning of having access to sufficient informa-
tion. Because the public still gets most of its information on science and technology 
from TV news and reports, the role for scientists as interpreters and brokers of 
scientific information to the public will grow rather than diminish.

Environmentalism is the newest global political force, resulting in the emer-
gence of multi-national consortia to control pollution and the evolution of the 
environmental ethic. Will the new politics of the 21st century involve a consortium 
of technologists and environmentalists, or a progressive confrontation? These 
matters are of genuine concern to governmental agencies and legislative bodies 
around the world.

For those who make the decisions about how our planet is managed, there is an 
ongoing need for continual surveillance and intelligent controls, to avoid endangering 
the environment, public health, and wildlife. Ensuring safety-in-use of the many 
chemicals involved in our highly industrialized culture is a dynamic challenge, for 
the old, established materials are continually being displaced by newly developed 
molecules more acceptable to federal and state regulatory agencies, public health 
officials, and environmentalists.

Reviews publishes synoptic articles designed to treat the presence, fate, and, if 
possible, the safety of xenobiotics in any segment of the environment. These 
reviews can either be general or specific, but properly lie in the domains of analytical 
chemistry and its methodology, biochemistry, human and animal medicine, legisla-
tion, pharmacology, physiology, toxicology and regulation. Certain affairs in food 
technology concerned specifically with pesticide and other food-additive problems 
may also be appropriate.

Because manuscripts are published in the order in which they are received in 
final form, it may seem that some important aspects have been neglected at times. 
However, these apparent omissions are recognized, and pertinent manuscripts are 
likely in preparation or planned. The field is so very large and the interests in it are 
so varied that the Editor and the Editorial Board earnestly solicit authors and sug-
gestions of underrepresented topics to make this international book series yet more 
useful and worthwhile.

Justification for the preparation of any review for this book series is that it deals 
with some aspect of the many real problems arising from the presence of foreign 
chemicals in our surroundings. Thus, manuscripts may encompass case studies 
from any country. Food additives, including pesticides, or their metabolites that 
may persist into human food and animal feeds are within this scope. Additionally, 
chemical contamination in any manner of air, water, soil, or plant or animal life is 
within these objectives and their purview.

Manuscripts are often contributed by invitation. However, nominations for new 
topics or topics in areas that are rapidly advancing are welcome. Preliminary com-
munication with the Editor is recommended before volunteered review manuscripts 
are submitted.

Summerfield, North Carolina D.M.W.
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2 J. Bernanke, H.-R. Köhler

   1 Introduction  

 Since early history, humans have interfered with their environment. Early 
hominids appeared about 6 million yr ago. Although the earliest humans were 
only able to partially control their environment, they had an impact on nature 
from their hunting activities. The more severe impact on the environment 
began later, after the birth of agriculture and particularly after the industrial revo-
lution began. 

 The tremendous growth of the chemical industry over the last century is a 
phenomenon of the twentieth and, now the twenty-first century. The increasing 
production and use of chemicals have reached enormous global dimensions. 
Some environmentally released chemicals are by-products of manufacturing 
processes; others are developed for particular applications and are intentionally 
released to the environment, e.g., pesticide use in agriculture. Occasionally, 
large quantities of chemicals are released as a result of accidents. Public 
awareness of risks posed by man made chemicals has grown rapidly over the 
past few decades, particularly after the release of Rachel Carson’s book ‘Silent 
Spring’, in  1962 . At that time, few chemicals had been well tested for toxic 
effects on wildlife prior to commercial use. In the succeeding yr, effects were 
observed on the environment and on wildlife from exposure to various anthro-
pogenic chemicals (Ankley and Giesy  1998 ; Fox  1992 ; Van Der Kraak et al. 
 2001) . In fact, the term “environmental chemicals” was coined to describe 
those chemicals that have a strong impact on the environment, and on humans, 
animals and plants. 

 Research undertaken to address the affects of environmental chemicals on 
wildlife generally entails two complementary approaches ( Fig. 1 ). The first is a 
“bottom-up” approach; the second is a “top-down approach.” In the bottom-up 
approach, groups of individual organisms are experimentally exposed to chemi-
cals, chemical mixtures or environmental samples, and their effects on health and 
life cycle (development, fertility or offspring production) are observed and 
recorded. Undoubtedly, substances that act at specific biological sites, such as 
endocrine system toxicants, as well as general toxicants can affect organismal 
longevity, reproduction and other biological processes. However, a major chal-
lenge in bottom-up  studies is interpreting the potential ecological consequences 
of observed organismal-level effects (Maltby  1999) . When reporting such 
studies, authors often extrapolate from observations of adverse effects on ferti-
lity or reproduction to speculate on alterations in population structure or size. 
Although such speculation may be imperfect, it is also difficult to establish causes 

6.3 Endocrine Disruption in Terrestrial Mammals . . . . . . . . . . . . . . . . . . . . . . . . . . . . .  34
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7 Summary  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . .  36
References  . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . .  37



The Impact of Environmental Chemicals on Wildlife Vertebrates 3

of observed changes in population parameters by relying only on field survey 
data, which constitutes a top-down approach (Barnthouse  1993 ; Evans et al. 
 1990) . Consequently, such top-down studies on observed population declines 
sometimes link an observed effect on population structure to a chemical, without 
considering that changes may result from natural fluctuations in populations, 
predator-prey interactions, disease outbreaks, or climate and habitat change. 
Although both bottom-up and top-down studies have their particular justifi-
cations, both approaches are needed to gain an integrated view of probable environ-
mental impacts from chemicals and to deal with the normal array of natural 
complexity and uncertainty.

         There is a widely held opinion and assumption that anthropogenically released 
substances and endocrine disrupting chemicals (EDCs), in particular, have the 
potential to affect wildlife vertebrate population dynamics. The object of this 
review is to thoroughly evaluate the literature that underlies this assumption. 
We have placed emphasis on sifting available scientific evidence to separate fact 
from speculation, in regard to the chemical-induced population effects of xenobiotic 
chemicals. To this end, about 250 publications were critically assessed, covering 
the time span from the late 1940s to the yr 2006.  

  Fig. 1 Depiction of the two strategies used to causally link population effects to chemical pollu-
tion. In a “top-down” approach, recorded changes in population dynamics usually are related to 
effects on reproductive output but, additionally, need to be mechanistically linked to chemical-
induced physiological impact on parental fecundity. The alternative is a “bottom-up” approach, 
which relates the presence and concentration of xenobiotics to reproductive parameters, and tries 
to extrapolate xenobiotic effect data to the population level of biological organization  

Environmental chemicals

Fecundity

Offspring

Population 

Bottom-up strategy

Top-down strategy
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   2  The Impact of Anthropogenic Chemicals on Fish  

 Seventy-three percent of the earth’s surface is covered with water. Vertebrate life began 
in water and half of living vertebrate species remain in the aquatic environment. 
Aquatic vertebrates live in oceans, lakes and rivers, in freshwater, brackish and marine 
environments; osmotic properties of these diverse aquatic ecosystems vary greatly. 

 Evolution and adaptation to different habitats has led to a high diversity of physio-
logical, anatomical, behavioral and ecological strategies in fish. Fish are known to 
be the most successful group of vertebrates, and are represented by more than 3,000 
species of cartilaginous fish such as elasmobranchs and chimaeras, over 20,000 spe-
cies of bony fish (teleosts, dipnoans and holosteans), and several species of jawless 
fish (lampreys and hagfish). The diversity of fish and the habitats in which they live 
have offered unparalleled scope for variations of life history. For example, fish have 
developed various successful reproductive strategies during evolution (Kime  1998) . 

 The majority of fish are oviparous, but species displaying ovoviviparity and 
viviparity are also widespread. Most oviparous species produce millions of eggs that 
are released into the water to drift and develop on their own; other species produce 
fewer, though larger eggs and guard both the eggs and the young. In addition, some 
fish species display sexual plasticity, a reproductive strategy, which is rather uncommon 
among vertebrates. Further, it is known that certain teleosts, particularly coral reef 
fishes can change sex in response to environmental changes, during their lifetimes. 

 The heterogeneity in physiology, anatomy, behavior and ecology of various fish 
species makes evaluating possible affects from anthropogenic chemical exposure 
difficult. Van der Kraak et al.  (2001)  suggested that aquatic respiration may render 
fish more susceptible to increased chemical exposure. Chemical compounds easily 
enter the body via the gills and rapidly enter the bloodstream. Osmoregulation plays 
an important role in the sensitivity of fish to environmental chemicals; marine tele-
osts that drink seawater may be particularly sensitive to environmental chemicals. 
In contrast, hyperosmotic freshwater fishes are subjected to a steady influx of water 
into their bodies, which offers another possible entry pathway for chemicals. 

 As in other vertebrate groups (e.g., mammals), fish may also store hydrophobic 
xenobiotic contaminants in their adipose tissue. Such lipid-soluble compounds may 
affect fish, particularly during critical periods of development. Van der Kraak et al. 
 (2001)  suggested that a release of lipid-soluble compounds from adipose tissue has 
the potential to harm the physiology of fish more seriously than the levels accumu-
lated directly from the water. 

  2.1 Reproductive Parameters in Osteichthyes 

 Chemicals may impact the endocrine system in fish in diverse ways as we will 
discuss in the following chapters. However, few data are available on the impact of 
environmental chemicals on freshwater fish populations (Jobling and Tyler  2003) . 
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 Jobling and Tyler  (2003)  studied lake trout ( Salvelinus namaycush ) from Lake 
Ontario, Canada/USA, and linked their recent decline to organochlorine chemical 
exposure; organochlorines are known to have endocrine disrupting effects. In addi-
tion, the reproductive systems of several of the following flatfish populations were 
affected by environmental chemicals: winter flounder ( Pleuronectes americanus ) 
(Johnson et al.  1992) , rock sole ( Pleuronectes bilineatus ) (Johnson et al.  1998) , 
and English sole ( Parophrys vetulus ) (Casillas et al.  1991) . All authors observed 
and reported inhibited ovarian development, reduced larval survival, reduced 
egg weight, precocious female maturation and reduced spawning success. Similar 
results were observed in Atlantic herring ( Clupea harengus ) (Hansen et al.  1985) , 
Atlantic cod ( Gadus morhua ) (Petersen et al.  1997) , and European flounder 
(Von Westernhagen et al.  1981)  from the Baltic Sea, and also in lake trout 
( S. namaycush ) from the Great Lakes, Canada /USA (Mac et al.  1993) , and Arctic 
char ( Salvelinus alpinus ) from Lake Geneva in Switzerland/France (Monod  1985) . 
Although the observed effects are real, the mechanisms behind them are not well 
understood. A correlation was detected between the observed effects and increased 
levels of polyaromatic hydrocarbons (PAHs), dichloro-diphenyl-trichloroethane 
(DDT) and polychlorinated biphenyls (PCBs) in exposed animals. The majority of 
the effects, especially reduced fecundity and spawning success, may be linked to 
the anti-estrogenic effects of some PCBs and PAHs (Casillas et al.  1991 ; Johnson 
et al.  1992,   1998  ).  

 Oil spills are occurring more frequently worldwide. It is consequently expected 
that affects on fish populations from contact with oil will increase. The endocrine 
system in fish may be affected by oil spills, and may lead to population-wide effects 
in some species. 

 Following the Amoco Cadiz oil spill in Brittany, France in March 1978, nearly 
223,000 t of oil was released into the sea. First, it was suggested that the oil had 
relatively little impact on fish species; further research showed that fish species had 
been affected. Oil exposure resulted in several observed effects, including reduced 
and delayed ovarian development, tumors and ulcerations in plaice  ( Pleuronectes 
platessa ) (Stott et al.  1983) . 

 After the Exxon Valdez oil spill in Prince William Sound, Alaska, in 1989, 
resultant effects on fish populations were examined; the status of the wildstock 
pink salmon ( Oncorhynchus gorbuscha ) population decreased dramatically. 
However, in the yr following the spill concentrations of PAHs in the water declined 
and fish populations were observed to rebound (Maki et al.  1995) . Hilborn and 
Eggers  (2000)  suggested that the observed decline in wild stocks of pink salmon 
began well before the oil spill occurred, and that the oil spill accident did not 
exacerbate the population decline. In contrast, the Pacific herring ( Clupea pallasi ) 
population in Prince William Sound collapsed after the oil spill. It was concluded 
that both the oil spill and over fishing contributed to this population collapse 
(Thorne  2004) . Although the population recovered, it again suffered a decline in 
1992–1993. Carls et al.  (2002)  suggested that this second collapse was caused by 
high population size and diseases, although lingering effects from the oil spill 
could not be ruled out. 
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 In addition to the studies described above, it was reported that fish populations 
(mainly brown trout,  Salmo trutta ) in many Swiss rivers and streams declined 
dramatically over the last 15 yr. To evaluate the causes for the observed decline, 
the project ‘Fishnet’ was established in 1998. However, the project failed to 
unequivocally discover why these Swiss fish populations declined. The authors 
cited the following factors as contributors to the decline: reproductive failure, 
habitat degradation, reduced quality of habitat, and climatic changes (such as 
increased water temperature and shifts in the seasonal occurrence of floods) 
(Burkhardt-Holm et al.  2002) .  

  2.2 Induction of Vitellogenin 

 It has been observed that the alteration of sex hormones in fish may lead to repro-
duction changes or failure (Kime et al.  1999 ; Tyler and Routledge  1998) . There are 
many EDCs (e.g., PCBs or PAHs) that potentially mimic natural sex hormones in 
organisms. One well-investigated example is the induction of vitellogenin caused 
by EDCs. Normally, vitellogenin is only produced subsequent to the binding of 
estradiol, a typical female sex hormone, to its receptor protein and, therefore, the 
production of vitellogenin occurs typically only in females. 

 Tyler and Routledge  (1998)  suggested that the stimulation of vitellogenin in 
male and juvenile fish can be used as a biomarker to identify environmental estro-
gen and estrogenic chemical effects. Furthermore, Kime et al.  (1999)  believed that 
perturbations of female vitellogenin levels could provide a useful marker of endo-
crine-induced dysfunction. Therefore, the effect of potentially-disruptive estrogenic 
substances may be detected by tracking the concentration of vitellogenin in both 
male and female fishes. Currently, research is being focused on vitellogenin induc-
tion in fish in a several water bodies globally. Fish with abnormal vitellogenin 
concentrations were found in the USA, Sweden, UK, the Netherlands, Canada, Germany, 
Switzerland, and Japan. Dramatic increases in vitellogenin levels have been observed, 
particularly in freshwater and marine fish exposed to sewage treatment works. 

 Examples with the clearest effects come from the United Kingdom (UK). 
Purdom et al.  (1994)  and Harries et al.  (1996,   1997)  evaluated vitellogenin induc-
tion in male rainbow trout ( Oncorhynchus mykiss ). These fish were caught in 
highly polluted rivers and showed increased plasma vitellogenin levels. The ele-
vated plasma vitellogenin levels detected in these trout appeared to result from high 
concentrations of estrogenic compounds in the rivers from which they came. 
Purdom et al.  (1994)  also observed high vitellogenin levels in immature carp 
( Cyprinus carpio ) from the UK. 

 In another study, male carp ( C. carpio ) exposed to sewage treatment discharges 
from different localities in the USA showed elevated plasma vitellogenin levels 
(Folmar et al.  1996) . 

 Similar results were seen with European flounder ( P. flesus ) caught in heavily 
polluted estuaries (Tyne, Tees, Wear and Mersey estuaries) in the UK. Plasma 
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vitellogenin levels up to 20 mg/ml plasma were observed (Matthiessen and Gibbs 
 1998) . Again, it was hypothesized that estrogenic discharges were responsible for 
the observed effects. This suspicion was confirmed when male flounder ( P. flesus ), 
from less polluted waters, were found to have low or undetectable levels of vitello-
genin. Fent  (2003)  also discovered that the degree of vitellogenesis in fish declined 
as distance from the source of pollution increased. 

 Japanese flounder ( Pleuronectes yokohamae ) from Tokyo Bay, Japan showed 
increased vitellogenin levels as well. Although it was not possible to detect the 
causative substances for the observed effect, it was assumed that estrogenic chemi-
cals found in the estuary were responsible (Hashimoto et al.  2000) . 

 Nichols et al.  (1999)  examined fathead minnows ( Pimephales promelas ) 
exposed to municipal wastewaters at different localities in the USA, and the 
observed fish showed vitellogenin induction. There is fear that paper mill effluents 
may similarly affect fish exposed to them. A study by Mellanen et al.  (1999)  con-
firmed the suspicion: whitefish ( Coregonus lavaretus ) exposed to pulp and paper 
mill efflux showed elevated vitellogenin levels. 

 In summary, numerous authors have observed that EDCs have the potential to 
mimic natural hormones. The induction of vitellogenin by EDCs has occurred and 
is occurring in many species globally. However, the consequences of vitellogenin 
induction on fish reproduction and population dynamics are unknown.  

  2.3 Abnormal Gonadal Development 

 It is generally believed that environmental chemicals such as 17β-estradiol or 
alkylphenols, found in discharges of sewage treatment works or pulp and paper mill 
effluents, not only cause vitellogenin induction but also lead to reduced testicular 
growth, enlarged livers or altered gonadal development in exposed fish. Vitellogenin 
induction and testicular abnormalities were detected in male European flounder 
( P. flesus ) that were caught near a sewage treatment plant discharge in England 
(Lye et al.  1997,   1998) . It was hypothesized that the observed effects resulted from 
exposure to, and bioaccumulation of, several estrogenic alkylphenols (Lye et al. 
 1999) . A study by Jobling et al.  (1996)  confirmed the suspicion that estrogenic 
compounds can cause inhibition of testicular growth. Rainbow trout ( O. mykiss ) 
were exposed to realistic alkylphenol concentrations under laboratory conditions; 
results showed effects similar to those observed in nature. Harries et al.  (1997)  also 
observed the inhibition of testicular growth in adult rainbow trout ( O. mykiss ) exposed 
to water heavily contaminated with estrogenic compounds (alkylphenols). 

 Gill et al.  (2002)  studied testicular development and spermatogenesis in male 
European flounder ( P. flesus ). The fish were taken from the lower Tyne estuary in 
northeast England, a heavily contaminated site, known to contain high levels of 
EDCs. Abnormal changes in testicular structure were detected. Most notable was 
hypertrophy of connective tissue. Gill et al.  (2002)  further suggested that the inci-
dence of sperm and testicular abnormalities observed will impact the reproductive 
success of the flounder. 
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 Wild male roach ( Rutilus rutilus ) and gudgeon ( Gobio gobio ) collected 
downstream of a sewage treatment facility that discharges into several rivers in the 
UK showed the presence of ovotestes. However, it was observed that some fish had 
only an occasional oocyte in otherwise normal testicular tissue, while other fish 
suffered from large regions of abnormal testicular tissue (Jobling et al.  1998a) . 
Estrogenic chemicals (particularly 17β-estradiol) were said to be responsible for 
the observed effects (Tyler and Routledge  1998) . Exposure to these chemicals may 
lead to other testicular abnormalities such as feminized or absent vasa deferentia 
and impaired milt production (Jobling et al.  1998b) . Altered spermatogenesis was 
found in wild European flounder ( P. flesus ) from heavily industrialized estuaries 
in England and France (Lye et al.  1998) . Various authors reported that exposed 
flounder showed ovotestis (Allen et al.  1999 ; Minier et al.  2000) . 

 Cases of possible but unconfirmed endocrine disruption-related effects on gonad 
development by potential EDCs are numerous; such effects include decreased egg 
weight and increased atresia of oocytes in flatfish ( Parophrys vetulus, Lepidopsetta 
bilineat,  and  Platichthys stellatus ) from contaminated harbors in the eastern USA 
(Johnson et al.  1992) , and premature maturation in flatfish from the southern 
portion of the North Sea (Rijnsdorp and Vethaak  1997) . 

 Many studies have focused on the possible causes for the disturbed gonadal 
development and abnormal testicular tissue in fish. It was observed that effluents 
from sewage treatment facilities have the potential to affect exposed fish. It was 
further observed that those effluents contain EDCs, which were thought to be 
responsible for the observed alterations.  

  2.4 The Impact of Pulp and Paper Mill Effluents 

 Gagnon et al.  (1995)  reported reproductive abnormalities in fish exposed to pulp and 
paper mill effluents. Those effluents contain chemicals with endocrine disrupting 
properties that masculinize females. This in turn may result in suppressed male and 
female reproduction, reduced gonad size, and more variable fecundity. However, the 
active compounds responsible for the reproductive abnormalities in exposed fish 
have not yet been identified. The observed reproductive abnormalities induced by 
pulp and paper mill effluents are very similar among many fish species. Fentress 
et al.  (2006)  evaluated the hormonal status of wild longear sunfish ( Lepomis mega-
lotis ) in a US river (Pearl River at Bogalusa, LA) receiving unbleached kraft and 
recycled pulp mill effluent. The effluent from this mill was found to suppress female 
testosterone and vitellogenin levels, when it constituted more than 1% of river flow. 
Reproductive suppression was observed in longear sunfish, in response to contact 
with unbleached kraft and recycled pulp mill effluent, but it remained unclear 
whether this effect was reflected in the population structure. 

 Munkittrick et al.  (1991,   1998)  observed that longnose sucker ( Catostomus cato-
stomus ) and lake whitefish ( Coregonus clupeaformis ) exposed to pulp and paper mill 
effluents in Canada exhibited reduced gonadal size and delayed sexual maturity. 
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The authors concluded that estrogenic chemicals in the effluent may have profound 
impact on the reproduction of exposed fish, despite a lack of direct proof. Andersson 
et al.  (1988)  and Sandström et al.  (1988)  reported similar results for Eurasian perch 
( Perca fluviatilis ) and blenny ( Zoarces viviparous ) exposed to pulp and paper mill 
effluents in Scandinavia. Furthermore, it was shown that effects on fish decrease, 
with distance, downstream of pulp and paper mills. In two additional studies, 
Munkittrick et al.  (1992a , b) observed reproductive abnormalities and delayed 
sexual maturation in lake whitefish ( C. clupeaformis ) that inhabit an area of Jackfish 
Bay, Canada, where mill effluents have caused serious chemical contamination. 

 In addition to the foregoing examples, it was observed that exposure of phytoes-
trogens and bleached kraft mill effluents may lead to reduced levels of sex steroids 
in both male and female fish (Robinson et al.  1994 ; Kovacs et al.  1995) . Robinson 
et al.  (1994)  and Kovacs et al.  (1995)  conducted laboratory experiments on sex 
steroid levels in fathead minnows ( P. promelas ) exposed to bleached kraft-mill 
effluents. The authors observed that altered sex steroid levels profoundly affect 
reproduction in fathead minnows. Depressed hormonal levels were also found in 
white suckers ( C. commersoni ) in the USA (Hodson et al.  1992)  and longnose 
sucker ( C. catostomus ) collected at Jackfish Bay, Canada (Munkittrick et al.  1992a , b). 
Both species were exposed to bleached kraft mill effluents. 

 The foregoing studies provide evidence that reproductive responses were directly 
associated with effluent exposure, rather than resulting from other environmental fac-
tors such as habitat alteration. The accumulated evidence indicates that the observed 
reproductive effects and hormonal changes in fish result from contact with constituents 
of pulp and paper mill effluents, including those that disrupt endocrine function.  

  2.5 The Impact of Heavy Metals 

 The impact that heavy metals may have on fish populations is best illustrated by the 
copper redhorse ( Moxostoma hubbsi ), an endangered fish species the worldwide 
distribution of which is limited to the St. Lawrence River and three of its Canadian 
tributaries. De Lafontaine et al.  (2002)  observed accidentally killed individuals and 
found high concentrations of total mercury (Hg), cadmium (Cd), and co-planar 
PCBs in them. Although it was not possible to prove the link between the observed 
contaminants and reproductive failure in this endangered fish species, PCBs 
appeared to be the culprits responsible for the decline of the fish population (De 
Lafontaine et al.  2002) . 

 In another study from North-eastern Ontario, Canada, 18 lakes were studied over 
a 5-yr period to evaluate effects of Cd, copper (Cu) and other heavy metals on yel-
low perch ( Perca flavescens ). The results indicated that chronic metal exposure of 
fish may lead to impaired aerobic capacities, altered aerobic swim performance and 
respiration rate in wild yellow perch. The authors believed that metal contamination 
can affect health and may alter population dynamics of yellow perch (Couture and 
Rajotte  2003) . 
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 Much attention has been paid to the bull trout ( Salvelinus confluentus ), which 
was recently listed as a threatened organism in the U. S. Federal Endangered 
Species Act. Hansen et al.  (2002)  discussed the possible threats to this species. Past 
and present habitat for the bull trout includes waterways contaminated with heavy 
metals released from mining activities. The authors suggested that the sensitivity of 
bull trout to Cu was one possible reason for the population decline. 

 Alquezar et al.  (2006)  compared the condition and reproductive output of 
toadfish ( Tetractenos glaber ) in metal contaminated (and reference) estuaries 
near Sydney, Australia. A positive relationship was observed in this species, 
between levels of lead (Pb) and decreased oocyte diameter and density. The 
results suggested a possible decline in female reproductive output caused by reduc-
tion in egg size and fecundity. This, in turn, may affect fish population and 
community structure (Alquezar et al.  2006) . 

 Cd, Hg and Pb are all suspected of having endocrine disrupting properties. 
Nevertheless, distinguishing between hormone-induced effects and impairment of 
reproductive parameters resulting from under-nutrition is difficult.  

  2.6 Reproductive Parameters in Chondrichthyes 

 Only limited data are available on chemical affects to cartilaginous fish. 
 Chondrichthyan species are not as productive as are bony fishes, a consequence 

of their different life-history strategies, which renders them more vulnerable to 
environmental impacts. Indeed, over fishing or by-catches may be more threatening 
to cartilaginous fish than exposure to anthropogenic chemicals. In Canada, blue 
sharks ( Prionace glauca ) are the ones most commonly caught. Blue sharks have 
been in steady decline during recent yr because of high international catch mortality 
(Campana et al.  2006) . The declining elasmobranch populations, within the United 
Kingdom’s coastal zone, are thought to result from development of installations 
that generate offshore renewable energy. Yet clear causes for population decline are 
not known, although interactions with wind farms may be one reason (Gill and 
Kimber  2005) . A few studies have described a possible link between anthropogenic 
chemicals and the decline of elasmobranches. 

 Because of their persistence in aquatic environments and ability to impair repro-
duction and other critical physiological processes, organochlorine contaminants 
pose significant health risks to marine organisms. Despite such concerns, few stud-
ies have been undertaken to investigate the degree to which sharks are exposed to 
organochlorines. These fish are easily threatened by anthropogenic pollution 
because of their tendency to excessively bioaccumulate and biomagnify environ-
mental contaminants. Gelsleichter et al.  (2005)  examined concentrations of organo-
chlorine pesticides and PCBs in the bonehead shark ( Sphyrna tiburo ) from four 
estuaries on Florida’s Gulf coast, Apalachicola Bay, Tampa Bay, Florida Bay and 
Charlotte Harbor in the USA.They found that organochlorine concentrations in 
 S. tiburo  were higher in Apalachicola Bay, Tampa Bay, and Charlotte Harbor than 
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in the Florida Bay population. Because the rate of infertility was dramatically 
higher for  S. tiburo,  in Tampa Bay than in Florida Bay, the present findings allude 
to a possible relationship between organochlorine exposure and reproductive health 
(Gelsleichter et al.  2005) . 

 The effect of tributyltin oxide (TBTO), the main constituent of tin-based 
antifouling marine paint, was observed in another study on stingrays ( Urolophus 
jamaicensis ). Tin accumulated in the gill tissue of the stingray after acute 
exposure to TBTO. Results of this study included: alterations in the morphological 
architecture of the gill, induction of stress proteins and peroxidative damage, in 
response to tributyltin (TBT) exposure. However, neither reproductive parameters, 
nor population structure were affected (Dwivedi and Trombetta  2006) . 

 Concentrations of PCBs and organochlorine pesticides (DDTs) were measured 
in the liver of two shark species, blue shark ( P. glauca ) and kitefin shark ( Dalatias 
licha ), from the Mediterranean Sea. Shark tissues were highly contaminated, which 
suggests that organochlorine pesticide contamination still exists in this marine envi-
ronment, and may give rise to future population effects (Storelli et al.  2005) . 

 Although only limited data are available on the possible impacts of environmen-
tal compounds on chondrichtyes, organochlorines may also induce effects in this 
class. However, a clear link between these chemicals and possible impacts on popu-
lation levels of Chondrichtyes is not yet supported in the literature.  

  2.7 Impact on Fish: Conclusion 

 Fish populations, mainly freshwater fish populations, are particularly sensitive to 
anthropogenic chemicals. Their aquatic life may place them in constant exposure 
to chemicals with hormone-like properties. Uptake of chemicals such as PCBs or 
PAHs readily occurs via the gills and skin, as well as via the diet. 

 Endocrine disruption in wild fish has been observed in America, Asia, Australia 
and Europe. Despite wide-spread reports of endocrine disruption in fish, especially 
in teleosts (and this is well-characterized at the species level), few studies have 
demonstrated population-level consequences as a result of exposure to EDCs 
(Van der Kraak et al.  2001) . 

 There is compelling global evidence that exposure to EDCs is compromising the 
physiology and sexual behavior of fish, including effecting permanent alteration of 
sexual differentiation and impairment of fertility. 

 Johnson et al.  (1997) , believed that non-endocrine causes for affects on fish should 
also be evaluated because of the large number of contaminants that exist in the envi-
ronment. In a 5-yr study, Triebskorn et al.  (2001  ) have combined active and passive 
biomonitoring experiments on brown trout ( Salmo trutta  f.  fario ) and stone loach 
( Barbatula barbatula ) with laboratory studies. This consortium investigated molecu-
lar, cellular, physiological, developmental, reproductive, and ecological markers at 
both population and community levels (also see references in Triebskorn and Köhler 
 (2001) ). Using Hill’s plausibility criteria, in a weight of evidence approach, it was 
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possible to link observed subcellular, individual, and ecological effects (Triebskorn 
et al.  2003) , and to assemble a clear picture of chemical impacts to different levels of 
biological organization, including the population level. Despite serious attempts, 
however, the mechanistic pathways between the biological levels could not be deter-
mined in detail. The population decline of various Chondrichtyes species appears to 
result from over-fishing or by-catching more than from the impact of anthropogenic 
chemicals. Almost all cartilaginous fish species are generally slow growing, late 
maturing, and produce relatively few young. Therefore, they are vulnerable to popula-
tion impacts exceeding 2–3% loss of population numbers, for example, by fishing, or 
from other reasons (Abbott  2000 ;   http://www.ms-starship.com    ). 

 Some studies cite a possible link between EDCs and population decline in 
Chondrichtyes species, but further research is needed to clarify the validity of such 
a link (Gelsleichter et al.  2005 ; Storelli et al.  2005) . Several international bodies, 
such as the Organization for Economic Cooperation and Development (OECD) and 
the European Union (EU), have become serious about regulating anthropogenic 
pollutants that may affect fish. In addition, large research programs, to assist in the 
development of new guidelines and regulations, have been initiated.   

   3  The Impact of Anthropogenic Chemicals on Amphibians  

 The life histories of amphibians are diverse, with some species experiencing com-
plex changes as they are transformed from organisms that live under water (and 
breath with gills) to forms that occupy the land (and breath with lungs). This meta-
morphosis process involves structural and biochemical changes that may lead to 
increased chemical vulnerability at certain life stages. Vos et al.  (2000)  believed 
that, because of their transformation processes, amphibians may be at higher risk 
from anthropogenic chemical exposure than any other vertebrate group. 

 When amphibians are in their aquatic stage, they are particularly susceptible to 
xenobiotic exposures. Chemicals may enter the amphibian body through their soft 
skin, which easily absorbs water. Usually amphibian eggs are laid in water. Therefore, 
chemicals may harm amphibians during that critical period of development. Chemicals 
can also interact with the gill-breathing larvae during their aquatic life stage (Gutleb 
et al.  1999) . Terrestrial forms may be affected by anthropogenic chemicals as well. 

 Inventory, monitoring and experimental studies have been the primary approaches 
for documenting and discovering the impact of anthropogenic chemicals on 
amphibian species. 

  3.1 Reproductive and Developmental Parameters in Amphibians 

 Several studies point to the threatening role environmental chemicals play on the 
endocrine system of amphibians. Any alteration of developmental hormones, 
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particularly the thyroid hormones, may have severe consequences for amphibians 
such as disruption of metamorphosis. 

 In the majority of cases, amphibians live their early life stages in water. This 
characteristic renders them particularly vulnerable to EDCs, because water is the 
main sink for these compounds. In fact, concerns for the environmental affects of 
endocrine disruptors originally arose because early studies identified their effects 
on the developing amphibian embryo and foetus. 

 Although  little is known of the possible ecosystem effects of EDCs, several 
authors believe that these substances may contribute to changes and declines of 
amphibian populations (Bridges and Semlitsch  2000 ; Kloas  2002) .  

  3.2 Vulnerability of Early Life Stages 

 Metamorphosis may render amphibian species more vulnerable to chemicals or 
toxins; however, little attention has been given to the effects of EDCs on the 
amphibian species life-history in the context of the overall population dynamics. 
Bridges  (2000)  studied the vulnerability of early life stages of the southern 
leopard frog ( Rana sphenocephala ). Tadpoles were exposed to the pesticide 
carbaryl at different times during development and it was observed that exposed 
individuals experienced significant mortality during the early life stages (egg, 
embryo and tadpole). Delayed metamorphosis of the tadpoles was also an 
observed effect (Bridges  2000) . Embryos and tadpoles of the northern leopard 
frog ( Rana pipiens ), green frogs ( Rana clamitans ) and North American bull-
frogs ( Rana catesbeiana ) were exposed to the insecticide fenitrothion, and the 
herbicides triclopyr and hexazinone, under laboratory conditions (Berrill et al. 
 1994) . Results showed that newly hatched tadpoles were sensitive to these pes-
ticides; exposures resulted in either death or paralysis, whilst other life stages 
of these species were almost unaffected. Similar results were observed in 
embryos and tadpoles of wood frogs ( Rana sylvatica ), American toad ( Bufo 
americanus ), and green frog ( R. clamitans ) exposed to the insecticide endosulfan. 
Tadpoles of all three species were paralyzed and post exposure mortality was 
high (Berrill et al.  1998) . 

 Berrill et al.  (1993)  further studied embryos and larvae of the wood frog 
( R. sylvatica ), northern leopard frog ( Rana pipiens ), green frog ( R. clamitans ), 
American toad ( B. americanus ) and spotted salamander ( Ambystoma maculatum ), 
exposed to low concentrations of the pyrethroid pesticides permethrin and fenvaler-
ate. The influence of pesticides was strongest in tadpoles and resulted in delayed 
growth; tadpole and salamander larvae were twisted abnormally after exposure. 
Berrill et al.  (1993)  reported that early life stages of amphibians are likely to be 
sensitive to even low-level contamination events. Although several studies have 
revealed that early life stages of amphibians are the most vulnerable stages to envi-
ronmental chemicals, it is unknown whether the affects on early life stages also 
produce population effects.  
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  3.3 The Impact of Pesticides and PCBs 

 Pesticides cause the most severe effects on the amphibian endocrine system. 
Davidson  (2004)  conducted the first study, in which population decline in an 
amphibian species was linked to historical pesticide applications. Results show 
the that cholinesterase-inhibiting insecticides (mostly organophosphates and 
carbamates) stood out as more strongly associated with population declines in 
amphibians than any other pesticide classes (Davidson  2004) . In a previous study, 
other factors such as climate change, UV-B radiation and habitat alteration were 
evaluated for causing population declines in amphibians as well. Results suggested 
that the observed declines were not consistent with the climate change hypothesis; 
results did demonstrate a strong positive association with elevation, percentage 
upwind agricultural land use, and local urbanization in Central Valley, California, 
USA (Davidson et al.  2001) . 

 When evaluating endocrine disruption in amphibians, one must remember that 
many pesticides persist in the environment for long periods, although usually in low 
concentrations. Storrs and Kiesecker  (2004)  investigated possible long term (30 d) 
exposure effects of atrazine on amphibians. Tadpoles of four species of frogs 
( Pseudacris crucifer, B. americanus, R. clamitans, and R. sylvatica ) were exposed 
at early and late developmental stages to low concentrations of a commercial for-
mulation of atrazine (3, 30 ppb or 100 ppb). In all experiments, it was remarkable 
that survival was significantly lower in individuals exposed to 3 ppm rather than 
those exposed to 30 ppm or 100 ppm, except for the late stages of the American 
toad and wood frog tadpoles. Such survival patterns highlight the importance of 
investigating the impacts of contaminants at realistic exposure levels, and at various 
developmental stages. This may be particularly important for compounds that pro-
duce greater mortality at lower doses than higher ones, a feature characteristic of a 
number of endocrine disruptors (Storrs and Kiesecker  2004) . 

 Endocrine regulation during metamorphosis comprises several developmental 
hormones that may be affected by EDCs. In particular, alterations on the thyroid 
system may result in enhanced or retarded metamorphosis, which may then affect 
population levels. Kloas  (2002) , however, pointed out that there is insufficient data 
to discern whether or not metamorphosis is especially sensitive to the effects of 
contaminants with endocrine disrupting properties. 

 Metamorphosis occurs almost universally in all amphibian species. Bridges  (2000)  
reported that any delay or alteration in metamorphosis may impact demographic 
processes of the population, potentially leading to declines or local extinction. 

 Theodorakis et al.  (2006)  studied adult male and female cricket frogs ( Acris 
crepitans ), in perchlorate-contaminated streams in central Texas, USA, to assess 
possible endocrine disruption effects on the thyroid system. There was no evidence 
of colloid depletion or hyperplasia in frogs from any of the sites, although frogs 
from two sites with the greatest mean water perchlorate concentrations exhibited 
significantly greater follicle cell hypertrophy. Furthermore, there was a significant 
positive correlation between follicle cell height and mean water perchlorate con-
centrations for frogs collected from all sites. 
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 In addition to the thyroid system, the estrogen and androgen systems in 
amphibians have also been well characterized with regards to their roles in 
normal development. It is known that the function of estrogens and androgens 
are subject to perturbation by endocrine-disrupting chemicals, with potential 
sequelae leading to irreversible consequences for exposed organisms. However, it 
is known that transient hormone exposure in the adults is reversible. Notwithstanding, 
little experimental information is available to aid in characterizing the risk of 
endocrine disrupters on these systems (Bigsby et al.  1999) . 

 It is known that PCBs and DDT can have profound impacts on the estrogen 
and androgen system in amphibians. Reeder et al.  (2005)  found that the percen-
tage of intersex in exposed cricket frogs ( A. crepitans ) continually increased, with 
increasing use of PCBs and DDT in manufacturing and agricultural processes in 
Illinois, USA. Intersex was highest in heavily industrialized and urbanized north-
eastern portions of Illinois, and declined with distance from the industrialized 
areas. It was suggested that these chemicals contributed to the decline of cricket 
frogs in Illinois. 

 A study by Mikkelsen and Jenssen  (2006)  showed that, in adult male European 
common frogs ( R. temporaria),  PCBs affected the sex hormone homeostasis after 
the animals were aroused from hibernation. Although no dose-dependent effects 
were detected, it was assumed that different physiological phases in frogs may be 
affected by PCBs throughout the yr. 

 Russell et al.  (1995,   1997)  linked the decline of different frog species at Point 
Pelee National Park, Canada, to the heavy use of DDT, until 1967, in this area. The 
authors surveyed a number of parks and wildlife reserves along the north shore 
of Lake Erie and found a relationship between the rate of local extinctions of 
amphibians and the degree of site contamination with chlorinated pesticides. Bridges 
and Semlitsch  (2000)  further proposed that chemical contamination, at lethal or 
sublethal levels, can alter natural regulatory processes such as juvenile recruitment 
in amphibian populations, and should be considered as a contributing cause of 
decline in amphibian populations. Berrill et al.  (1998)  determined that the juvenile 
aquatic stages of amphibians are sensitive to pesticides, and such pesticides may 
result in altered swimming performance. The general activity and swimming 
performance (i.e., sprint speed and distance) of the plains leopard frog ( Rana blairi ) 
was studied, after acute exposure to carbaryl. Carbaryl greatly affected swimming 
performance and activity of tadpoles, suggesting that exposure to this carbamate 
may result in increased predation rates; because activity of this species is closely 
associated with feeding, carbaryl exposure may result in delayed growth, failure to 
emerge before pond drying, or result in an indirect reduction in adult fitness. Acute 
exposure to sublethal toxicants, such as carbaryl, may not only affect immediate 
survival of tadpoles, but may also affect life history functions and generate changes 
at the local population level (Bridges  1997) . 

 A prominent pesticide, which occurs at high concentrations in water, and is 
known to have endocrine disrupting properties, is the herbicide atrazine. Despite 
its ban in numerous countries, atrazine is still one of the major surface water 
contaminants in the USA and, to a lesser extent, in Europe. Freeman et al.  (2005)  
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showed that atrazine, at concentrations as low as 100 ppb, increased the time of 
metamorphosis in the African clawed frog ( Xenopus laevis ) tadpoles. Hayes et al. 
 (2002)  examined the effects of atrazine on sexual development in  X. laevis  and 
found that atrazine induced hermaphroditism and demasculinized the larynges of 
exposed males. The plasma testosterone levels in sexually mature males were low 
from a possible conversion of testosterone to estrogen, induced by atrazine. The 
atrazine levels investigated in this study (0.01–200 ppb) constituted exposures 
known to exist in nature. Therefore, other amphibian species exposed to atrazine in 
the wild could be at risk of impaired sexual development, and if true, atrazine may 
be linked to the global amphibian population decline. Rohr and Palmer  (2005)  
found that streamside salamanders ( Ambystoma barbouri ) exposed to 40 µg/L of 
atrazine, showed greater activity, fewer water-conserving behaviors and accelerated 
water loss. Even 4 and 8 mon after termination of exposure, animals were still at a 
higher risk of desiccation; no recovery from atrazine exposure was detected. 

 When assessing possible threats to the existence of amphibian populations, it is 
unfortunate that long-term studies are rare. Such studies will eventually be neces-
sary to understand the long-term effects of chemicals and their possible population 
effects. Most pesticide effects studies on amphibians are limited to acute or very 
short-term (4 d) tests conducted under highly artificial conditions. Such studies 
hardly provide realistic measures of potential field effects. Slightly longer (10–
16 d) exposure periods, for example, to the pesticide carbaryl, resulted in a 10–60% 
higher mortality in gray treefrog ( H. versicolor ) tadpoles. In the presence of preda-
tory stress, the pesticide effect became even more severe.  The negative affects to 
amphibians, in nature, of the pesticide carbaryl may be widespread (Relyea and 
Mills  2001) . 

 Studies were conducted to test the suspicion that combining the effects of preda-
tory stress and pesticides may produce stronger effects on amphibian populations. 
Relyea  (2004)  focused on the effects of malathion, a common insecticide, on 
tadpoles. Six frog species ( R. sylvatica, R. pipiens, R. clamitans, R. catesbeiana, 
B. americanus, and H. versicolor ) were studied and malathion was determined to 
be toxic to all species. The combination of the insecticide plus predatory stress 
resulted in higher mortality in one of the tested species. These results tended to 
support the idea that combining exposure to the insecticide carbaryl and predatory 
stress was synergistic. It was speculated that such synergy may occur with many 
carbamate and organophosphate insecticides. Relyea (2004)  suggested that a com-
bination of pesticide exposure and predator stress may influence amphibian species 
in a way that alters population dynamics. 

 Another study addressed the effects of carbaryl on amphibians subject to 
natural stresses (competition and predation); this study focused on tadpoles of 
three species: woodhouse’s toad ( Bufo woodhousii ), gray treefrog ( H. versicolor ) 
and green frog ( R. clamitans ). It was observed that carbaryl affected toads and 
treefrogs in a way that larval survival was  reduced. However the effects of 
carbaryl varied with predator, environment and initial larval density in all spe-
cies, which, interestingly, resulted in indirect, ‘beneficial’ effects on amphibians. 
On the basis of this synecological study, Boone and Semlitsch  (2001)  stated that 
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interactions of carbaryl with predators may result in the elimination of zooplankton 
populations that compete with tadpoles for food resources. These results 
indicate that differences in biotic conditions influence the impact of carbaryl, 
and that even low concentrations induce changes that may alter community 
dynamics in ways not predicted from single-factor, laboratory-based studies 
(Boone and Semlitsch  2001) . 

 Pesticide exposure also influences the behavior of predators. In a laboratory 
experiment, it was observed that predation of southern leopard frog tadpoles 
( Rana sphenocephala ) by adult red-spotted newts ( Notophthalmus viridescens ) 
was highly dependent on carbaryl concentrations. After exposure to carbaryl for 
1 hr, newts consumed half as many tadpoles as nonexposed newts. Carbaryl either 
affected newt activity in ways that reduced time spent searching for prey, or it 
may have altered the speed and coordination necessary to capture tadpoles 
(Bridges  1999) . 

 Pesticides play an important role in the discussion of amphibian population 
decline. The various ways they influence or impact amphibians are well observed 
and the majority of authors believe, or have speculated, that pesticides have the 
potential to cause population declines in amphibian species.  

  3.4 The Impact of Fertilizers 

 The high amounts of fertilizers used, especially nitrate that may move to surface 
and groundwater, is a global problem. Nitrate is known as an important environ-
mental toxicant and it has been shown to impact amphibians in several ways 
(Guillette and Edwards  2005) . 

 Four tadpole species ( B. americanus, Pseudacris triseriata, R. pipiens, and 
R. clamitans ) were exposed to ammonium nitrate fertilizer in water. All four 
species showed toxic effects such as reduced activity, weight loss and physical 
abnormalities, when exposed to ammonium nitrate at concentrations commonly 
exceeded in agricultural areas globally (Hecnar  1995) . 

 Marco et al.  (1999)  reported effects of nitrate and nitrite solutions on newly 
hatched larvae of five species of amphibians ( Rana pretiosa, Rana aurora, Bufo 
boreas, Hyla regilla, and Ambystoma gracile  ). After exposing the larvae to nitrate 
or nitrite ions in water, some had reduced feeding activity, swam less vigorously, 
showed disequilibrium and paralysis, suffered abnormalities and edemas, and 
eventually died. Even at nitrate concentrations believed to be non lethal (U.S. EPA-
recommended limit for warm-water fishes; 5 mg N-NO 

2
  − /L), and at the recom-

mended limits of nitrite’s concentration in drinking water (1 mg N-NO 
2
  − /L), highly 

toxic effects were seen in the larvae of all species (Marco et al.  1999) . 
 Although possible nitrate effects on human health are well studied and limits for 

fertilizers in drinking water are known, their effects on amphibians have received 
little attention. Although unproved at present, fertilizers may play a substantial role 
in the apparent global amphibian decline (Hecnar  1995) .  
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  3.5 Deformities in Amphibians 

 In recent yr, large numbers of deformed frogs have been observed throughout North 
America (Ankley and Giesy  1998 ; Schmidt  1997) . Observed malformations include 
missing or supernumerary limbs, bony limblike projections, digit and musculature 
malformations and eye and central nervous system abnormalities (Ankley and 
Giesy  1998) . The most affected species appear to be ranids ( R. pipiens, R. 
clamitans,  and  Rana septentironalis ). However, it is not yet known whether the 
instances of amphibian population declines are linked to the observed deformities. 
A study by Gutleb et al.  (1999)  reported that a PCB congener caused dose-related 
malformations (edema, lack of gut coiling, malformed eyes and tails) in embryos 
of the African clawed frog ( X. laevis ) and that retinoid concentrations were signifi-
cantly altered in PCB-dosed embryos. 

 Further research is needed to elucidate whether or not environmental contaminants 
are responsible for the observed malformations in amphibians and, if so, whether or 
not these effects are mediated through endocrine disrupting mechanisms.  

  3.6 Impact on Amphibians: Conclusion 

 It cannot be denied that amphibian populations are declining dramatically in many 
areas of the world (Pechmann et al.  1991 ; Pechmann and Wilbur  1994) . A study 
by Houlihan et al.  (2000)  examined the high rate of amphibian decline globally. 
He catalogs large declines beginning in the late 1950s, and continuing until the 
early 1960s, followed by a falling decline rate up to the present. Their studies 
confirmed suspicions that amphibian populations are declining, albeit with geo-
graphical and temporal variability. Even if the cause or causes of the decline are 
unknown, many believe they result from man-made alterations in the environment 
(Houlihan et al.  2000) . Much effort was undertaken in the last few yr to explain 
why amphibian populations are declining, in both pristine and polluted habitats 
worldwide (Vos et al.  2000) . 

 Although loss of habitat is known to affect amphibian population decline, recent 
research has focused on the effects of environmental contaminants, UV-B irradia-
tion, emerging diseases, the introduction of alien species, direct exploitation, and 
climate change (Beebee and Griffiths  2005) . 

 Pesticides may be a possible cause of, or contributor to, amphibian population 
decline, but pesticide research with amphibians has focused mainly on single 
organism tests. Nevertheless, pesticides have the potential to alter developmental 
processes, affect reproduction, and are known to be particularly harmful to early 
life stages. In an attempt to explain the decline, some researchers have tried to 
extrapolate observed effects of pesticides gleaned from small laboratory studies 
to affects on whole populations. However, to confirm the merits of such an 



The Impact of Environmental Chemicals on Wildlife Vertebrates 19

extrapolation, long term studies with pesticides on population dynamics are 
necessary. Because of a dearth of relevant data, distinguishing between natural 
fluctuations in population size and structure, and anthropogenic-induced declines 
is challenging (Pechmann et al.  1991) . 

 Many believe that the recently reported deformities in amphibians result from 
exposure to environmental chemicals. However, it is not known if chemical expo-
sure has contributed to the global decline in amphibian populations, or not. 

 There is a hypothesis that more than one factor is responsible for the decline in 
amphibian populations. Beebee and Griffiths  (2005)  and Vos et al.  (2000)  suggest 
that an interaction between abiotic and biotic factors have the potential to cause the 
declines. However, different species and different populations of the same species 
may react in different ways to the same environmental insult. Species with declining 
populations are often found in environments that are physiographically similar to 
those where the same species is thriving.   

   4  The Impact of Anthropogenic Chemicals on Reptiles  

 The diversity of reptiles, including Crocodilia (crocodiles, caimans and alligators), 
Sphenodontia (tuataras), Squamata (lizards, snakes) and Testudines (turtles), is 
enormous; they are found on every continent except Antarctica. 

 Reptiles, known as ectotherms, are strongly dependent on their natural habitat, 
and any environmental disturbance such as habitat destruction can have profound 
effects on the survival of affected individuals. The potential effects of anthropogenic 
chemicals on reptiles are dependent on the nature of their reproductive and develop-
mental strategies, which are highly diverse (Lamb et al.  1995 ; Palmer et al.  1997) . 
For example, most species are oviparous, but ovoviviparity or viviparity also occurs 
(Palmer et al.  1997) ; even among the oviparous species, the female reproductive 
tract exhibits great anatomical variation (Palmer and Guillette  1988,   1990,   1992  ).  

 Most oviparous reptiles bury their eggs and, in so doing, create a possible path-
way for chemicals to impact early life stages. Although the eggs are surrounded by 
an eggshell, dissolved compounds may enter the egg. Among viviparous species, 
the potential for biomagnification in the young is high, because the adults nourish 
their young through various forms of placenta. 

 Many reptiles such as turtles, crocodiles or large snakes may live for decades. 
The life expectancy is often more that 30 yr in such animals, and up to 150 yr for 
some species. The dietary requirement for reptiles is dependent on the species. 
Some are herbivores and some are carnivores, with many carnivores existing at, or 
near the top of the food web (Bowler  1977 ; Congdon et al.  1983 ; Gibbons and 
Semlitsch  1982) . Top feeding reptilian carnivores are highly vulnerable to environ-
mental toxins, particularly because of the potential they have to bioaccumulate and 
biomagnify consumed chemicals (Cobb and Wood  1997 ; Hall and Henry  1992 ; 
Olafsson et al.  1983) . 
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  4.1 The Impact of EDCs on Gender Determination 

 Reptiles have long been used as good bioindicators of environmental contaminants. 
Reptile species have increasingly become more interesting as targets for studying 
the mechanisms by which endocrine disrupters act; this is because different species 
have varying gender determination which makes them good models for studying 
the impact of EDCs. 

 The mechanisms that determine gender in reptile species are well understood. 
In some species, hormones influence specific structures that will ultimately diffe-
rentiate between the sexes after the formation of the gonads. Alternatively, it is 
known that many egg-laying species (e.g., crocodiles, turtles and lizards) do not 
exhibit genotypic sex determination. The sex of the offspring is dependent on the 
incubating eggs response to temperature. This phenomenon is called temperature-
dependent sex determination (TSD). The gonadal sex is not ultimately set by the 
genetic composition inherited at fertilization, but depends on the temperature-
dependent pattern of activation of those genes, which encode for steroidogenic 
enzymes and hormone receptors during embryonic development (Lance  1994) . The 
pattern of TSD among reptile species is highly divergent, which complicates attempts 
to understand the possible alterations induced by EDCs on the sex determination 
process (Wibbels et al.  1998) . 

 Crews et al.  (1995)  studied reverse gonadal sex in turtles exposed to steroid hor-
mones. These hormones overrode the effects of temperature, and led to altered sex 
determination at a temperature that otherwise would have produced males. 
Developing fence lizard ( Lacerta agilis ) embryos exposed to an estrogenic chemical 
under laboratory conditions showed similar results. Eggs injected with the estro-
genic chemical 17α-ethinylestradiol led to a feminization of males and prevented 
development of embryonic secondary sex characteristics (Talent et al.  2002) . 

 It is known that some environmental chemicals, particularly organochlorines, 
mimic the effects of natural hormones. This has been well studied in other non-
reptile species such as fish (Kime et al.  1999 ; Tyler and Routledge  1998)  and may 
have further implications on wildlife population dynamics. 

 It is also known that some pesticides have endocrine disrupting properties and 
may profoundly affect expected sex outcomes in reptiles. Red-eared slider turtles 
( Trachemys scripta elegans ) exposed to one of three pesticides (chlordane, trans-
nonachlor or DDE (dichlorodiphenyl dichlorethylene)) during embryogenesis pro-
duced altered sex determination and sexual development (Willingham  2001) . It was 
also observed that all three compounds produced certain population-wide effects 
(changes in hatchling body mass), when compared to controls. Willingham  (2001)  
suggested that these results point to a role for pesticides in endocrine disruption that 
extends beyond sex determination and sexual development. 

 Portelli et al.  (1999)  studied eggs of the common snapping turtle ( Chelydra 
serpentina serpentina ), a species with temperature-dependent sex determination, 
during embryonic development in the Great Lakes, USA. This species was exposed 
to the pesticide metabolite DDE at doses (0.52–65 µg/5 µl ethanol) selected to 
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simulate concentrations found in the Great Lakes. It was expected that DDE has 
profound impact on the sex determination in the common snapping turtle. Results 
of this study, however, revealed that DDE did not affect sex determination at the 
exposure levels used. The results further indicate that DDE, at levels found in the 
environment in the Great Lakes, does not cause feminization of snapping turtles 
during embryonic development.  

  4.2 The Impact of EDCs on Reptile Populations 

 Many scientists believe that EDCs are responsible for, or contribute to, the observed 
population declines of reptiles. A prominent case of a possible link between EDCs 
and population decline comes from the American alligators ( Alligator mississippiens ) 
in Lake Apopka, USA. Lake Apopka is a hypertrophic lake in Florida, USA with a 
50-yr history of contamination from agricultural and municipal sources. In 1980, a 
stream that feeds Lake Apopka was contaminated with high concentrations of dico-
fol and other DDT congeners after a chemical spill. In the following yr (1980–
1984), the population of American alligators ( Alligator mississippiens ) declined by 
90% (Guillette et al.  1994) . The decline was attributed to the EDCs DDT and DDE, 
and the observed developmental abnormalities (altered gonadal steroidogenesis, 
abnormal gonadal morphology and changes in sex steroid concentrations in males 
and females) in juvenile alligators confirmed the suspicion. 

 In 1984 it was observed that Lake Apopka alligator tissues contained concentra-
tions of DDE, dieldrin, endrin, mirex, oxychlordane, DDT and PCBs (Guillette 
et al.  1999) . These compounds were said to be responsible for the observed decline 
in clutch viability, effects which linger today. Furthermore, the effect of the broad-
spectrum insecticide toxaphene (found in relatively high concentration in Lake 
Apopka alligator egg yolk) on alligator gonadal development were tested. 
Toxaphene failed to affect sexual differentiation and did not induce developmental 
abnormalities (Milnes et al.  2004) . These results suggest that, to better evaluate 
consequences of environmental contamination, more attention must be focused on 
testing the effects of chemical mixture exposures on embryonic development in 
alligators (Milnes et al.  2004) . 

 Studies with other chemicals that focused on different locations and species pro-
duced similar results. For example, western pond turtle eggs ( Clemmys marmorata ) 
from Fern Ridge Reservoir in western Oregon were contaminated with high levels 
of organochlorine pesticides, PCBs and metals. Contaminated eggs failed to hatch. 
It was suggested that these contaminates may account for the decline of the western 
pond turtle population in this area (Henny et al.  2003) . 

 Wu et al.  (2000)  studied the impact of organochlorine compounds (lindane, 
aldrin, methoxychlor, heptachlor epoxide, DDT) on eggs of Morelet’s crocodile 
( Crocodylus moreletii ) from Gold Button and New River lagoons in northern 
Belize. Based on the results of 24 analyzed egg samples, it was proposed that 
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organochlorine-exposed crocodiles from both lagoons may suffer threats to health 
that could impair population dynamics of crocodiles in Central America. Crain and 
Guillette  (1998)  claimed that contaminant-induced endocrine alteration in reptile 
embryos may lead to impaired reproduction, which in turn can affect population 
dynamics. Henny et al.  (2003)  studied eggs of the common snapping turtle 
( C. serpentina serpentina ) near the Great Lakes–St. Lawrence River basin, USA. 
Although the eggs were contaminated with organochlorine pesticides and PCBs 
that are known to produce effects on sex differentiation and reproductive endocrine 
function, other reasons were given for the observed effects. 

 It is commonly accepted that reptiles and other natural biota may be simultaneously 
influenced by more than one chemical. Moreover, it is generally accepted that different 
factors together can have profound effects on population dynamics. Willingham 
 (2005) , for example, used embryos of the red-eared slider turtle ( Trachemys scripta 
elegans ) to show the possible combined effects of increased temperature and the 
herbicide atrazine on sex ratio. He observed that increased temperature or atrazine 
alone did not affect sex ratio. However, if the two factors interacted, the female fraction 
significantly increased. This result proved that, at least in some cases, a combination 
of two or more factors is necessary to exert an observed effect.  

  4.3 Developmental Abnormalities in Reptiles 

 The common snapping turtle ( C. serpentinia serpentinia ) inhabits large regions of 
the Great Lakes–St. Lawrence River basin, USA. In recent yr, an increased level of 
developmental abnormalities was detected in this species (Bishop et al.  1998) . 
Bishop et al.  (1991)  reported that the large number of unhatched snapping turtle 
embryos and hatchling deformities observed in those animals could be linked to 
chlorinated hydrocarbon exposure in the river basin. PCBs, PCDDs (polychloro- 
dibenzodioxins) and PCDFs (polychlorodibenzofurans) were particularly accused 
for the observed abnormalities, which included absent or altered tails, carapace 
anomalies (missing or extra scutes), unresorbed yolk sacs and fore and hind limb 
deformities (Bishop et al.  1998) . The observed abnormalities may be illustrative of 
additional EDC effects on reptiles. The induction of these abnormalities may also 
contribute to the declining population numbers of common snapping turtles in the 
Great Lakes–St. Lawrence River basin (Bishop et al.  1998) .  

  4.4 Impact on Reptiles: Conclusion 

 Many studies have emphasized the effects of anthropogenic chemicals, especially 
EDCs, on the physiology and reproduction of reptiles. However, most of this work 
has been restricted to laboratory studies. Much less work has been conducted to 
quantify the effects of toxic chemical exposures on reptiles in the wild. 
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 Endocrine disrupting chemicals manifest their effects on the endocrine systems 
of the animals exposed to them. Because endocrine systems are highly divergent 
across the reptilian class, predicting the physiological responses of xenobiotic 
exposures on reptilian species is very difficult. Although some reptile populations 
have been affected by EDCs, it is unlikely that all reptilian species are equally 
sensitive to the effects of EDCs. However, among the various reptile species studied, 
results indicate that adults and embryos are currently experiencing toxic effects 
and, in some species and locations, there is evidence that population declines are 
caused or triggered by environmental chemical exposure (Bishop and Gendron 
 1998 ; Bishop et al.  1998) .   

   5  The Impact of Anthropogenic Chemicals on Birds  

 Birds (Aves) include more than 9,000 species. Bird activities such as courtship, 
breeding, migration, etc., require high energy expenditure and, because birds also 
have high metabolic rates, large amounts of food are necessary to make survival 
possible. The diet of birds is strongly dependent on the species; insectivores, 
carnivores, piscivores, herbivores, and also fruit eaters, are known. At periods 
during their seasonal cycles, many bird species experience starvation; for 
example while breeding or when migrating to different habitats. Birds respond to 
starvation by mobilizing stored lipids. Any lipophilic chemicals stored in bird 
adipose tissue is then easily released to the systemic circulation, and may harm 
the organism. 

 It was observed that birds are particularly vulnerable to environmental chemicals 
(e.g., organochlorines) during early life. PCBs and various pesticides also pose 
major threats to some bird species. Waterfowl are particularly susceptible to accu-
mulation of persistent organic pollutants (POPs) that are known to constitute a 
major hazard for birds (Giesy et al.  1994b) . Persistent and bio-accumulative organic 
compounds were found in high concentrations in waterfowl. Such compounds exert 
severe effects on reproduction and, simultaneously may be responsible for deformi-
ties and mortality (Giesy et al.  1994a , b; Gilbertson  1983) . Oaks et al.  (2004)  
reported a decrease exceeding 95% of the oriental white-backed vulture ( Gyps 
bengalensis ) population in the Indian subcontinent, since the 1990s. The authors 
observed that birds exposed to diclofenac suffered from renal failure and visceral 
gout. The authors concluded that residues of veterinary diclofenac are responsible 
for the observed vulture population decline. 

 It was reported by several bird watch organizations that many bird populations, 
worldwide, are declining (Worldwatch Institute  2003 ;   http://www.worldwatch.org    ). 
The reasons for the observed decline are not fully understood. However, factors 
such as EDCs, habitat loss, predation by non-native species, oil spills and pesticide 
use, industrial pollution and climate change are generally accepted to cause or 
contribute to bird population declines. 
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  5.1  Reproductive Parameters in Birds: Behavior and Sexual 
Differentiation 

 DDT, PCBs and mixtures of other organochlorines have been identified as EDCs. 
These chemicals have the potential to affect reproduction of bird populations in 
many areas worldwide, and they have been linked to global bird population declines 
(Peakall  1986,   1988) . Bird embryos are most endangered from exposure to EDCs. 
Exposure during early life stages can result in mortality, failure of chicks to thrive 
and impaired differentiation of the reproductive and nervous systems through 
mechanisms of hormonal mimicking of estrogens (Fry  1995) . Effects of EDCs on 
adult birds include acute mortality, sublethal stress, reduced fertility, suppression 
of egg formation, eggshell thinning and impaired incubation and chick rearing 
behaviors (Fry  1995) . 

 In birds, the gonads and bird behavior are both affected by the differentiating 
hormone estrogen. As mentioned, EDCs have the potential to mimic hormones 
such as estrogens or androgens and, therefore, can profoundly affect bird behavior 
and sexual differentiation. Adkins-Regan et al.  (1994)  suggested that sexual differ-
entiation in birds is sensitive to estrogens and androgens. They further believe that 
any hormonal disturbance can produce unpredictable effects on reproductive behavior 
in both sexes. Adkins  (1979)  studied male Japanese quail embryos ( Coturnix 
coturnix japonica ) treated with estrogens before d 12 of the 18-d incubation period, 
and discovered that the quail suffered from dramatic sex-reversing effects. In con-
trast, the estradiol-induced masculinization in female zebra finch ( Taeniopygia 
guttata ) is produced only after hatching (Adkins-Regan et al.  1994) . 

 Japanese quail are a precocial species (birds that are in an advanced state of 
development at hatching), whereas, zebra finches are typically altricial songbirds 
(birds in an early state of development at hatching). When studying effects of xeno-
biotic exposures, one must consider the implications of birds being precocial or 
altricial species; they develop similarly but hatch at different times of the overall 
developmental sequence (Adkins-Regan et al.  1994) . 

 There are several studies that address behavioral alterations of adult birds 
exposed to chemicals. Barron et al.  (1995)  reported that sublethal levels of PCB 
result in reduced parental attentiveness and abnormal reproductive behavior in free 
living birds. Fox et al.  (1978)  observed abnormal parental behavior (failure to sit on 
eggs or to defend nests) in herring gulls ( Larus argentatus ) exposed to organochlorines. 
The high levels of endocrine disrupting chemicals found in these birds were said to 
be responsible for the observed behavioral abnormalities. 

 The consumption of a mixture of DDE and PCBs led to a reduction or delay 
in behaviorally induced increase of sex hormones in adult ring doves ( Streptopelia 
risoria ). McArthur et al.  (1983)  observed that exposed females showed altered 
courtship behavior, did not respond to male courtship, and spent less time in 
feeding their young. Organochlorines (DDE, PCBs) were believed to be respon-
sible for the altered hormone levels and unusual reproductive behavior seen in 
these ring doves. 
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 Female adult ring necked doves ( Streptopelia capicola s) showed depressed 
courtship behaviors (Tori and Peterle  1983)  after exposure to PCBs; this resulted in 
reduced reproductive success and aberrant breeding (Peakall and Peakall  1973) . 
A study by Bennett et al.  (1991)  showed that the insecticide parathion can affect bird 
populations in ways that lead to altered incubation behavior and reduced reproduc-
tive success. Furthermore, females of lesser scaup ( Aythya affinis ) (while migrating 
or over wintering) experienced lower survival, altered reproduction and reduced-
courtship behaviors, after exposure to dietary contaminants existing in exotic 
bivalves (Fox et al.  2005) . In this study, eggs and nestling females of lesser scaup 
were analyzed for environmental contaminants. It was determined that zebra mus-
sels ( Dreissena polymorpha ) and Asian clams ( Potamocorbula amurensis ), pre-
dominant prey species of this bird, contained high concentrations of selenium. The 
concentration of selenium consumed may have affected courtship behavior, caused 
sublethal effects, and possibly mortality, when eaten by scaups for some time. 
Furthermore, it was proposed that the continental decline of these birds in boreal 
forests of Canada and Alaska may be linked to the high consumption of mussels 
contaminated with EDC (Fox et al.  2005) . 

 We conclude from the foregoing, that chemicals, particularly EDCs, are cur-
rently affecting behavior and sexual differentiation in some bird species.  

  5.2 The Impact on Reproductive Organs 

 In addition to altering behavior in birds (Fox  1992 ; Gilman et al.  1979) , many 
authors have also observed EDC effects on reproductive organs. Fox  (1992)  studied 
male herring gull ( L. argentatus ) embryos from Scotch Bonnet Island, Ontario, 
Canada and found that about 57% suffered from testicular feminization. Eggs 
of this species contained high levels of dioxins and PCBs (Fox  1992 ; Gilman 
et al.  1979) ; it was hypothesized that these contaminants may have caused the 
impaired gonadal development. In contrast, the reason behind a high rate of 
abnormality in testes of terns ( Sterna forsteri ) was not identified (Nisbet et al. 
 1996) . Fry et al.  (1987)  studied adult female herring gulls ( L. argentatus ) collected 
from Tacoma, Washington, adjacent to the Commencement Bay, Puget Sound 
(a PCB- and heavy metal-contaminated superfund site), in 1984. The right oviducts 
of these gulls (which are reduced during normal avian ontogeny) were found to be 
enlarged and to persist longer than normal. The length of the right oviduct was 
correlated with the level of estimated chemical contamination (Fry et al.  1987) . 
The relevance of this observation is unclear, because all birds were successfully 
breeding (Boss and Witschi  1947) . 

 Feminization of gonads of male embryos and persistence of right oviducts in 
female embryos were observed in experimental studies of western ( Larus occidentalis ) 
and California ( Larus californicus ) gull eggs injected with hormones and other 
substances. The hormones tested included estradiol (Fry and Toone  1981)  and 
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diethylstilbestrol (DES), a synthetic estrogen (Boss and Witschi  1947) . Among the 
tested environmental contaminants were methoxychlor and DDT (Fry and Toone 
 1981) . Because concentrations of DDT (2–100 ppm) found in the eggs of wild gulls 
caused effects consistent with those induced by estradiol and DES (Fry and Toone 
 1981) , it was suggested that DDT or other estrogenic contaminants could be 
responsible for the effects observed in the wild. Whether or not the observed effects 
impaired the reproductive success of adult birds was unclear (Fry and Toone  1981 ; 
Fry et al.  1987) . In a different study, altered gonadal development and ovotesis 
formation in male embryos of western ( Larus occidentalis ) and California ( Larus 
californicus ) gulls was detected when exposed to 17β-estradiol, DDT and environ-
mental contaminants (NRC  1999) . In summary, EDCs probably cause alterations of 
reproductive organs in birds, but it is, as yet, not known whether these impacts have 
population-wide consequences.  

  5.3  Great Lakes Embryo Mortality, Edema, 
and Deformities Syndrome 

 Fish-eating birds (herring gulls ( L. argentatus ), common terns ( S. forsteri ) and 
double-crested cormorants ( Phalacrocorax auritus )) that live in the Great Lakes 
basin, in North America suffer from a syndrome called GLEMEDS (Great Lakes 
Embryo Mortality, Edema, and Deformities Syndrome) (Gilbertson and Fox  1977 ; 
Gilbertson et al.  1991) . GLEMEDS involves developmental abnormalities, including 
bill deformities, club feet, missing eyes, defective feathering, liver enlargement, 
liver necrosis (Fox  1991 ; Gilbertson et al.  1991 ; Ludwig et al.  1993)  and other 
abnormalities that are of ectodermal origin (Rogan et al.  1988) . The hypothesis has 
been advanced that GLEMEDS, in colonial fish-eating birds, resembles chick-
edema disease of poultry and has been caused by exposure to chick-edema active 
compounds (mainly dioxins) that have a common mode of action through the 
cytochrome P450 system (Gilbertson et al.  1991) . In the Gilbertson et al.  (1991)  
study, the authors observed that, with declining concentrations of DDT, PCBs and 
PCDDs/PCDFs in the Great Lakes, the populations of herring gulls, double-crested 
cormorants and other fish-eating birds increased. The rate of reproductive failure 
and the symptoms of GLEMEDS have also decreased with time (Grasman et al. 
 1998) . However, in some regions of the Great Lakes, symptoms of GLEMEDS 
persist, especially in fish-eating water birds (Fox  1991,   1993) . The strong temporal 
association of GLEMEDS with the presence of PCBs and dioxins implies a causal 
relationship between environmental pollution and the syndrome.  

  5.4 Altered Sex Skew 

 Gull populations from the USA and Canada displayed an altered sex ratio 
(overabundance of females) and female-female pairings, in some colonies. This 
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phenomenon is detected by documenting the number of nests that contain five or 
more eggs (supernormal clutch). A single female gull typically lays one to three 
eggs (Conover et al.  1979) . The supernormal clutches result from polygynous trios 
of two females and one male (Conover and Hunt  1984a) . 

 The most dramatic and well-documented example of altered sex skew occurred 
in the western gull population on Santa Barbara Island in California from 1968 to 
1978 (Hunt et al.  1980) . Female–female pairings reached 15% of all pairing indi-
viduals. Supernormal clutches were also observed in herring gulls ( L. argentatus ) 
that inhabit the northeastern portion of Lake Michigan, USA (Fitch and Shugart 
 1983 ; Shugart  1980) . 

 The California and the Great Lakes gull populations were both exposed to great 
levels of organochlorine contamination, including DDT, during the 1950s–1970s 
(Fry and Toone  1981) . The sex skew favored females in both populations. Although 
it was reasonably assumed that DDT and other organochlorines are responsible for 
the observed effects, the causal link was not established. In contrast, a study 
showing an incidence of supernormal clutchs in Caspian terns ( Hydroprogne 
caspia ), ring-billed ( Larus delawarensis ) and California gulls ( Larus. californicus ) 
is known to have occurred before the DDT era, and their frequency has not changed 
over time (Conover and Hunt  1984a) . Consequently, other factors may be respon-
sible for the observed female-female pairings, as well. 

 Notwithstanding, as DDT levels have declined in the environment, it was discov-
ered that the incidence of supernormal clutches has decreased significantly for many 
species of terns throughout the USA (Conover and Hunt  1984b) . Hence, it is probable 
that DDT induces supernormal clutches, even though it is not the only reason behind 
this phenomenon. A shortage of males during the breeding season is one possible 
reason for the observed abnormalities. Indeed, Conover and Hunt  (1984a)  indicate 
that female-female pairings allow females to breed when they are unable to obtain a 
male partner. Sex skew toward females in western and herring gulls could result from 
a differential mortality between males and females. It is also possible that male gulls 
may be more susceptible to, or more rapidly accumulate chemicals, because they are 
higher up the food chain; if true, this may also explain the higher male mortality. 
However, such speculations are not well documented (Pierotti  1981) . 

 The underlying cause for the observed alterations in sex ratio and female-female 
pairings in some bird populations is not clear. Although the results indicate that 
endocrine disruption may play an important role, other factors such as a shortage 
in male birds or other reasons can not be ruled out.  

  5.5 Eggshell Thinning 

 Eggshell thinning caused by organochlorine pesticides, such as DDT and its degra-
dation product DDE, is known to be species-dependent. It is known that the species 
exposed to the largest amount of DDT are unfortunately those that are the most 
sensitive to the insecticide. 
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 A diet of only a few parts per million of DDT will cause 20% eggshell thinning 
(the degree of thinning that causes eggshell breakage and thus reproductive failure) 
in raptors and in some fish-eating bird species, such as the brown pelican ( Pelecanus 
occidentalis ). The pelican population along the Pacific, Atlantic and Gulf Coasts of 
the US, dramatically decreased between 1960 and 1969 as a result of cracked or 
broken eggs and other adverse reproductive effects (Elliott et al.  1988 ; Struger and 
Weseloh  1985 ; Struger et al.  1985) . Other species that breed in North America, 
such as the white-tailed eagle ( Haliaeetus leucocephalus ), the osprey ( Pandion 
haliaetus ) and the cormorant ( P. auritus ) also suffered from high egg breakage, 
population decline, and near total reproductive failure up until 1972 (Weseloh et al. 
 1983) . Many of the species in which eggshell thinning was observed experienced 
an increase in population size, after DDT was banned, suggesting that this insecti-
cide was responsible for the observed effects (Bignert et al.  1994 ; Ludwig  1984 ; 
Price and Weseloh  1986 ; Weseloh and Ewins  1994) . 

 Studies on Canadian and Russian peregrine falcon populations ( Falco 
peregrinus ) (Johnstone et al.  1996)  and some sparrow hawk ( Accipiter nisus ) 
populations in North America (Fent  2003)  reveal that, even today, eggshell thin-
ning is a problem as a result of high DDT content in eggs. Other adverse effects, 
such as localized impairment of reproductive performance (Tillitt et al.  1992)  
and anatomical defects (Giesy et al.  1994b) , have persisted in some populations 
and may be another manifestation of lingering environmental residues of 
DDT and its metabolites. In contrast to the foregoing, some bird species such as 
gull, terns, and ducks are only moderately sensitive to DDE (Barrett et al.  1997) . 
Some species (e.g., quail and chicken) are nearly insensitive to DDE-induced 
eggshell thinning. It was impossible to experimentally achieve more than a few 
percent thinning, even at the highest dosage, without causing mortality to these 
species (Barrett et al.  1997) . 

 In summary, it is accepted that DDE-induced eggshell thinning has been responsible 
for the decline of many raptorial bird species. Further, population declines may occur 
in some sensitive species, while others are almost unaffected by intake of DDE.  

  5.6 The Impact of Oil Spills 

 Oil spills is another factor that may cause wildfowl population decline in some spe-
cies. After the 1989 ‘Exxon Valdez’ oil spill in Prince William Sound, Alaska, at 
first estimate, ~300,000 birds were affected by the accident. Of major biological 
significance, was the death rate among white-tailed eagles ( Haliaeetus albicilla ). 
Four mon after the accident, about 35,000 birds of this species were found dead 
(Fent  2003) . 

 A study on harlequin duck ( Histrionicus histrionicus ) populations focused on 
the status of recovery after the accident. It was observed that the population had 
not fully recovered 9 yr after the oil spill. This observation contrasted with the 
conventional paradigm that oil spill effects on bird populations are short-lived 
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(Esler et al.  2002) . The populations densities before and after the oil spill were 
monitored in other species, as well. These species included: (pigeon guillemot 
( Cepphus columba ), black oystercatchers ( Haematopus bachmani ), black-legged 
kittiwakes ( Rissa tridactyla ) and glaucous-winged gulls ( Larus glaucescens ). The 
spill had a negative effect on population levels of all species, and population 
numbers had not recovered to pre-spill levels 9 yr after the oil spill. The failure of a 
complete recovery may have resulted from the persistence of residual oil remaining 
in the environment, and reduced abundance of forage fish (Irons et al.  2000) . 

 It was observed that taxa of marine birds that prey on fish have declined in 
Prince William Sound; however, most taxa that feed on other prey species such as 
benthic invertebrates, have not declined. Similar effects were also documented, 
over the past two decades, in the Gulf of Alaska, the Bering Sea and along the 
California coast; the reason is thought to be linked with changes in forage fish spe-
cies in the North Pacific Ocean. Many declines appear to be related to changes in 
forage fish abundance that occurred during a climatic regime shift in the North 
Pacific Ocean, although some taxa were also affected by the Exxon Valdez oil spill 
(Agler et al.  1999) . 

 The 2002 ‘Prestige’ oil spill offshore from Galicia, Spain, also led to a mass 
mortality of sea birds. More that 115,000 birds were found dead. After the accident 
a reduction in the reproductive success of many species occurred, with the European 
shag ( Phalacrocorax aristotelis ) being particularly affected (Velando  2005) . Most 
species recovered in the yr following the accident. 

 In 1999, during the ‘Erika’ oil spill in Brittany, more than 100,000 birds died, 
and sea bird populations declined dramatically. Common guillemot ( Uria aalge ) 
populations were the main ones affected by this accident (Castelege et al.  2004) . 

 In summary, sea bird populations are severely affected by oil spills from tanker 
accidents. Despite the fact that the main effects are transient, a full recovery of 
affected populations takes considerable time; in some cases, recovery did not occur, 
even a decade after the spill.  

  5.7 Impact on Birds: Conclusion 

 There is ample evidence that some bird populations are declining and some 
species will face extinction in coming yr. This evidence also supports the premise 
that bird populations are affected by environmental chemicals. The majority of 
studies emphasize the impact of EDCs. EDCs may have profound effects on 
populations when they induce reproductive system effects or alter behavior of 
exposed organisms. Dramatic effects such as DDT-(DDE)-induced egg-shell thin-
ning were observed and were linked to the decline of affected populations. 
However, not all bird species are sensitive to DDT. In fact, common test species 
are insensitive to DDT and, thus, even if the measurement of eggshell thinning 
had been included in test protocols for new pesticides, this phenomenon would 
not then have been discovered. 
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 The main effects of oil spills on bird populations are usually regarded to be 
transient. In the yr that follow environmental oil spills, bird populations tend to 
recover, though full recovery may require a decade or longer. Unfortunately, the 
long lasting effects of oils spills have not been investigated in many species. 
Although not properly tested, oil may have endocrine disrupting properties on 
organisms. One factor in their favor, is that the majority of bird species seem to be 
able to migrate to less polluted habitats after an accident occurs. 

 Despite the number of studies that have been conducted, the causative agents 
and underlying mechanisms responsible for the observed declines in wild bird 
populations are basically unknown. Even low doses of contaminants may act as 
stressors that, in combination with other stressors, could affect bird populations. 
However, apart from the observed DDT/DDE-induced eggshell thinning, a link 
between a distinct chemical and the typical effects encountered, is still missing.   

   6   The Impact of Anthropogenic Chemicals 
on Feral Mammals  

 Mammals comprise a group of roughly 5,000 species and represent one of the most 
dominant groups of living terrestrial and aquatic vertebrates. Their morphological 
diversity is enormous and they possess a wide array of anatomical, physiological 
and behavioral strategies (Vaughan et al.  2000) . 

 Egg laying is a very primitive form of mammalian reproduction, and is only 
represented by monotremes such as the duckbilled platypus and the echidna (Pough 
et al.  2004) . 

 In contrast, marsupials, including kangaroos, wombats and opossums, and their 
embryos are born live, but in an extremely immature state. Essentially, a helpless 
embryo climbs from the mother’s birth canal to the nipples. There it attaches with 
its mouth, eats and continues to develop, often for week or mon depending on the 
species. The short gestation time results from having a yolk-type placenta in the 
mother marsupial (Pough et al.  2004) . 

 The vast majority of mammalian species are placental mammals, the progeny 
of which are born at a relatively advanced stage and then develop unattached to 
the mothers’ body. Characteristically almost all mammalians feed the young by 
producing milk (Pough et al.  2004) . This characteristic represents a first important 
pathway for chemicals to enter mammalian juveniles during critical periods of 
their development. 

 Mammals, who occupy high trophic levels, can accumulate large amounts of 
persistent chemicals through consumption of prey, who, themselves have accumu-
lated chemicals through biomagnification (Tanabe et al.  1988) . Chemicals such as 
organochlorines, pesticides, PCBs and other lipid-soluble compounds easily bio-
accumulate in lipid-rich tissue or blubber of those animals. 

 Fish-eating mammals may be particularly vulnerable to environmental contami-
nants, because they often inhabit contaminated coastal or river estuary areas that are 
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polluted by industry effluent or agricultural runoff. In these areas, contaminant 
burdens are generally higher than in the open ocean, and these levels are further 
enhanced through bio-accumulation and bio-magnification processes. 

  6.1 Endocrine Disruption in Marine Mammals 

 In mammals, EDCs may act as modulators, inhibitors of hormone metabolism, or as 
alternate ligands that bind endogenous hormones in situ. EDCs may also interfere 
with signalling subsequent to receptor-ligand binding, because they serve as target 
organ toxicants or modulators of central nervous system components responsible 
for neuroendocrine regulation (Barton and Andersen  1998) . EDC exposure has 
resulted in both reproductive and non-reproductive effects in organisms. 

 Severe population declines in Baltic ringed ( Phoca hispida botnica ) and gray 
seals ( Halichoerus grypus ) were observed in studies conducted over the last 
100 yr (Bergman and Olsson  1985 ; ICES  1992) . During the 1960s and 1970s, 
evidence was provided for Baltic ringed seals, which indicated organochlorines 
were affecting female reproductive organs in a way that greatly reduced repro-
ductive success (Bergman et al.  2001) . Severe claw malformations, arterioscle-
rosis, uterine cell tumors, and decreased epidermal thickness in Baltic ringed 
seals and grey seals were reported (Bergman  1999a , b; Bergman and Olsson 
 1985) , and were attributed to PCB and DDT exposure (Lund  1994) . Juvenile 
grey seals sampled along the Swedish Baltic coast showed high concentra-
tions of PCB and DDT in their tissues. Roos et al.  (1998)  regarded the organo-
chlorines, which existed in those species, to have potential population dynamics 
affects. 

 Kostamo et al.  (2002)  was able to attribute the decline of a Saimaa ringed seal 
( Phoca hispida saimensis ) population, in Finland, to the high levels of organo-
chlorines and Hg in their habitat. The decline of the harbor seal ( Phoca vitulina ) 
population in the Dutch Wadden Sea may also be linked to organochlorine 
exposure, particularly PCB exposure (Reijnders  1980) . It was further suggested 
that the population decline was a result of low reproduction success, probably 
caused by consumption of polluted fish (Reijnders  1986,  1990  ).  

 Although over hunting and habitat destruction may have been contributing 
factors for the population decline in these species, it is generally accepted that 
persistent pollutants, which adversely affect the reproductive performance of 
females, result in declining seal numbers. 

 The grounding of the ‘Exxon Valdez’ oil tanker in Alaska, in 1989, had severe 
effects on seal populations. It was observed that the number of harbor seals 
( P. vitulina ) in eastern and central Prince William Sound has been declining since 
the accident, with an overall population reduction of 63% through 1997 (Frost et al. 
 1999) . Fair and Becker  (2000)  suggested that the observed population decline in 
seal populations resulted from acute and chronic effects of the oil spills, but other 
environmental contaminants and fishery-induced stress may also have produced 
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chronic effects. The tanker accident also had severe consequences for the abundant 
sea otter ( Enhydra lutris ) population. Otters were the mammalian species most 
affected by the tanker accident; 4,000 dead otters were found, even 4 mon after the 
disaster. 

 Two studies addressed the recovery of the sea otter population after the tanker 
spill, but produced contrasting results. One of these studies detected a steady 
increase in otter populations in the yr after the accident. Between 1990 and 1996 
the otter population was reported to be higher than before the accident. A 
decline in population was only seen outside the area that had received the burden 
of residual oil, in the northern parts of Prince William Sound (Garshelis and 
Johnson  2001) . Results of the other study, conducted at northern Knight Island, 
where oil burdens were heavy, reported that sea otter abundance was reduced by 
a minimum of 50%. Even between 1995 and 1998, 6 and 9 yr, respectively after 
the spill, the size of this population was reported to be less than before the acci-
dent (Dean et al.  2000) . A study by Burn and Doroff  (2005)  discovered a con-
tinuing decrease in sea otter abundance along the Alaska Peninsula between 
1986 and 2001. 

 The impact of PCBs and DDT on California sea lions ( Zalophus californiansus ) 
was addressed in other studies. DeLong et al.  (1973)  found stillbirths and premature 
pupping in this species, and linked the observed effects to high PCB and DDE 
levels in their habitat. Gilmartin et al.  (1976)  believed the described effects could 
have resulted from diseases such as leptospirosis and calcivirus infections, which 
have much the same effect on sea lions as EDCs. In elaborating this idea, EDCs 
may have affected immune functions, which in turn led to disease outbreaks 
(Gilmartin et al.  1976) . However, more research is needed to clarify and confirm 
this concept. 

 Beluga whales ( Delphinapterus leucas ), living in a section of the St. Lawrence 
River in North America which contained high levels of organochlorine pollutants, 
showed signs of hermaphrodism. This effect was attributed to PCB/DDT-related 
hormonal disturbances that occurred during early pregnancy (De Guise et al.  1994) . 
Normal differentiation of male and female organs was disrupted. However, no 
population-level effects were detected in this study. 

 Environmental chemicals can produce effects of a non-reproductive nature, and 
several studies have reported such effects on wildlife mammals. Although more 
data are needed, some evidence suggests that EDCs can profoundly affect the 
immune system. A possible example from marine mammals is the serious disease 
outbreaks that occurred in recent yr among seals, sea lions, and dolphins. The dis-
ease outbreak was attributed to possible contaminant-related immune suppression 
(De Swart et al.  1995) . De Swart et al.  (1994)  observed altered natural killer cell 
activity and T-lymphocyte function in female harbor seals ( P. vitulina ) from the 
Wadden Sea, Holland. The diet of those seals contained high amounts of contami-
nated fish. Harbor seal, Baikal seal ( Phoca sibirica ), striped dolphin ( Stenella 
coeruleoalba ), and bottlenose dolphin ( Tursiops truncata ), observed by Dietz et al. 
 (1989) , showed similar effects. It was suggested that the uptake of contaminates 
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led to immune suppression in those animals. It was further proposed that contami-
nant-induced immune suppression could have contributed to mass mortalities of 
marine mammals (Dietz et al.  1989) . 

 De Guise et al.  (1994)  and Martineau et al.  (1994)  found pathological disorders 
in beluga whales ( D. leucas ) in the St. Lawrence River and they associated these 
effects with exposure of the whales to PAHs and PCBs.  

  6.2 Endocrine Disruption in Freshwater Mammals 

 In some studies, it was observed that different otter species were affected by EDCs. 
 A study on river otter ( L. Canadensis ) from the Columbia River in the US 

showed that abnormalities such as reduced baculum length and weight and asper-
matogenesis resulted from delayed development. The delayed development was 
thought to result from exposure to organochlorine insecticides, PCBs, dioxins and 
furans (Henny et al.  1996) . 

 The Department of Environmental Conservation in New York reported an 
increase of the river otter population in four New York State counties between 1960 
and 1970. The increase within the river otter population at that time was attributed 
to a reduced exposure to organochlorines from improved water quality (Grannis 
 2008 ;   http://www.dec.state.ny.us/    ). 

 The decline of the European otter ( Luta lutra ) population, in Europe, was the 
subject of many studies. Results of these studies linked the decline to PCB exposure 
(Brunström et al.  1998 ; Kihlström et al.  1992 ; Leonards  1997 ; Roos et al.  2001) . 
Roos et al.  (2001)  observed that, in 1990, decreasing PCB concentrations resulted 
in increases in European otter populations in Sweden. This result confirmed the 
suspicion that PCBs had been the major cause for the European otter decline during 
the previous decades. 

 Declining American mink ( Mustela vison ) populations have occurred in differ-
ent areas of the Great Lakes USA/Canada. It was shown that fish from the Great 
Lake region contain high concentrations of numerous synthetic organochlorines, 
including pesticides and PCBs. The high consumption of contaminated fish by 
mink was thought to cause their decline in population (Wren  1991) . A study by 
Ankley et al.  (1997)  confirmed this suspicion. The authors were able to link 
adverse reproductive outcomes in mink to the high consumption of contaminated 
fish from the Great Lakes. Giesy et al.  (1994a)  concluded that PCBs and TCDD 
(tetrachlorodibenzo-p-dioxin) have the greatest impact on mink populations, 
compared with other environmental pollutants. 

 A laboratory study by Brunström et al.  (2001)  revealed that PCBs affect repro-
duction success in American mink. Mink exposed to only low concentrations of 
PCBs over 18 mon, suffered from fetal deaths, abnormalities, decreased survival 
and decreased growth (Brunström et al.  2001) . Reproductive and non-reproductive 
effects were observed for aquatic mammalian species, and even if the major focus 
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lies on effects on single individuals, there is ample evidence that environmental 
chemicals can also alter population dynamics.  

  6.3 Endocrine Disruption in Terrestrial Mammals 

 The polar bear ( Ursus maritimus ) is a top predator of the Arctic marine ecosystem. 
Polar bears prey primarily on ringed seals ( P. hispida ) and bearded seals 
( Erignathus barbatus ), which live predominantly on sea ice. PCB levels in polar 
bears are reported to be extremely high. As a result of their diet, the potential for 
bio-magnification and bio-accumulation of environmental contaminants in this 
species is high (Bernhoft et al.  1997) . 

 Between 1995 and 1998, male polar bears ( U. maritimus ) from the Svalbard area 
were investigated for possible endocrine disruption effects caused by organochlo-
rines. Pesticides and PCBs were found to affect bear testosterone concentration, 
and the continuing presence of these compounds may affect sexual development 
and reproductive function (Oskam et al.  2003) . 

 Wiig et al.  (1998)  observed pseudohermaphrodism in female polar bears from 
Svalbard, Spitsbergen. Some of the observed bears had a 20-mm penis containing 
a baculum; other bears exhibited aberrant genital morphology and a high degree of 
clitoral hypertrophy. Pseudohermaphroditism observed in polar bears was thought 
to be an effect of EDCs. The authors believed that the observed pseudohermaphro-
ditism could be a result of organochlorines, typically PCBs, which concentrate in 
fat to very high levels. 

 Cattet  (1988)  observed incidences of masculinization in female black ( Ursus 
americanus ) and brown bears ( Ursus arctos ) in Alberta, Canada. Although the 
cause for this effect is unknown, it was speculated that the examined pseudoher-
maphrodism was induced by herbicides. Benirschke  (1981) , on the other hand, 
suggested that the observed masculinization was caused by endogenous factors 
(i.e., excessive maternal androgens). It is not now known whether the described 
effects had any impact at the population level, in these species. 

 Facemire et al.  (1995)  were able to show defects of the reproductive, endocrine 
and immune systems in Florida panthers ( Felix concolor coryi ). The causes for 
these defects are not known so far. However, it was assumed that environmental 
chemicals with endocrine disrupting properties may have been responsible. 

 A study on possible reproductive effects of PCBs on declining European polecat 
( Mustela putorius ) populations did not support the hypothesis that PCBs are 
responsible for the decline of this species in Central Europe. In this report, it was 
revealed that other environmental factors such as habitat destruction are more likely 
to have affected this population (Engelhart et al.  2001) . 

 Rodent populations may experience adverse reproductive effects as a result of 
exposure to environmental chemicals. Linzey and Grant  (1994)  studied white-
footed mice ( Peromyscus leucopus ) inhabiting low-PCB-contaminated wood-
land. The exposed mice showed a higher population density but greater temporal 
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 variability between yr. White-footed mice, ( P. leucopus ) exposed to PCB and 
cadmium, had significantly lower relative testis weights compared with mice 
collected from an unpolluted site (Batty et al.  1990) . The population of mice 
exposed to contaminants did not increase, whereas the reference population 
showed an increase. However, it was not possible to attribute the observed 
effects to PCBs and/or cadmium, and it is not known if the observed reproduc-
tive effects are a result of endocrine disruption. Further research is required to 
clarify if a link exists in this case or not. A study on Meadow voles ( Microtus 
pennsylvanicus ) living close to a chemical waste site at the Niagara Falls showed 
altered population densities, when compared to a reference population. Life 
expectancy was reduced in exposed voles, and the tissues contained hexachloro-
cyclohexane and other chlorinated hydrocarbons. These compounds were not 
found in vole tissues from the reference site and, therefore, it was concluded that 
these chemicals were responsible for the observed effects (Rowley et al.  1983) . 
Pomeroy and Barrett  (1975)  observed that the application of carbaryl (a car-
bamate insecticide) contributed to delayed reproduction and reduced recruitment 
in cotton rats ( Sigmodon hispidus ). 

 Organochlorines with endocrine disrupting properties such as PCBs, or other 
pesticides were found to affect terrestrial mammals in various ways. Some of the 
observed effects may result in changed population dynamics; however, it was fur-
ther assumed that environmental chemicals are not the only reason behind popula-
tion declines in terrestrial mammalian species.  

  6.4 Impact on Feral Mammals: Conclusion 

 It is reasonable to believe that mammals have been adversely affected at the popula-
tion level by environmental contaminants. Research in this area has largely focused 
on compounds that persist and bio-accumulate in mammals. Despite the strong 
correlation with organochlorine (e.g., PCBs, PCDFs and PCDDs) exposure and 
population decline in a number of studies, we still have an incomplete understanding 
of the specific compounds responsible for observed pathological effects (Reijnders 
 1999 ; Troisi and Mason  1998) . 

 Nevertheless, numerous studies have reported symptoms of endocrine disruption or 
other adverse physiological effects as a result of exposure to substances with endo-
crine-disrupting properties. In this context, e.g., seals (Reijnders  1986)  and mustelids 
(Kihlström et al.  1992 ; Leonards  1997 ; Wren  1991)  suffered from increased reproduc-
tive effects in the presence of organochlorine chemicals. As a result of EDC exposure, 
both reproductive and non reproductive dysfunctions were described. However, in the 
majority of cases, population data are too limited to provide a link between exposure 
and reproductive outcome, and it is also not known whether induced non-reproductive 
dysfunctions foster effects at the population level, or not. Furthermore, there is still 
insufficient knowledge on the impact of other, possibly confounding environmental 
stressors that act in parallel with pollutants on free-living populations.   
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  7 Summary  

 A plethora of papers have been published that address the affects of chemicals on 
wildlife vertebrates. Collectively, they support a connection between environmental 
pollution and effects on wildlife vertebrate populations; however, causal relation-
ships between exposure, and reproduction or population structure effects have been 
established for only a few species. 

 In a vast number of  fish  species, particularly in teleosts, it is accepted that EDCs 
affect the endocrine system of individuals and may alter sexual development and 
fertility. However, only few studies have demonstrated population-level conse-
quences as a result of exposure to EDCs. The same applies to fish populations 
exposed to contaminants or contaminant mixtures with non-endocrine modes of 
action; few studies link EDCs directly to population affects. 

  Amphibian  populations are declining in many parts of the world. Although 
environmental chemicals have been shown to affect reproduction and develop-
ment in single organism tests, the degree to which chemicals contribute to the 
decline of amphibians, either alone, or in concert with other factors (habitat loss, 
climate change, introduction of neozoa, UV-B irradiation, and direct exploitation) 
is still uncertain. 

 Because  reptilian  endocrinology is so variable among species, EDC effects 
reported for individual species cannot easily be extrapolated to others. Never-
theless, for some species and locations (e.g., the Lake Apopka alligators), there 
is considerable evidence that population declines are caused or triggered by 
chemical pollution. 

 In  birds , there is ample evidence for EDC effects on the reproductive system. In 
some bird species, effects can be linked to population declines (e.g., based on egg-
shell thinning induced by DDT/DDE). In contrast, other bird species were shown 
to be rather insensitive to endocrine disruption. Oil spills, which also may exert 
endocrine effects, are usually regarded to cause only transient bird population 
effects, although long-term data are largely missing. 

  Mammal  population declines have been correlated with organochlorine pollu-
tion. Moreover, numerous studies have attributed reproductive and non-reproductive 
dysfunctions in mammals to EDC exposure. However, in the majority of cases, it is 
uncertain if effects at the population level can be attributed to chemical-induced 
reproductive effects. 

 Evidence shows that selected species from all vertebrate classes were negatively 
affected by certain anthropogenic chemicals. Affects on some species are well 
characterized at the organismal level. However, the proof of a direct link between 
chemical exposure and population decline was not given for the vast majority of 
studied species. This review clearly shows the gaps in knowledge that must be 
filled for the topic area addressed. We, herewith, make a plea for long-term studies 
designed to monitor effects of various environmental chemicals on wildlife vertebrate 
populations. Such studies may be augmented or combined with mechanistically-
orientated histological, cytological and biochemical parallel investigations, to fill 
knowledge gaps.     
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  1 Introduction  

 This is a review and guide for the selection of appropriate biomarkers in aquatic plants 
to assess specific xenobiotics or groups of xenobiotics in laboratory or field studies. 
Emphasis is placed on the predictive ability, utility, sensitivity and specificity of each 
biomarker as biomonitoring agents. There is currently a large degree of ambiguity 
surrounding the definition, application and terminology of biomarkers in the context 
of environmental risk assessment. Biomarkers of exposure are defined as any func-
tional measure of exposure that is characterized at a sub-organism level of biological 
organization (Adams et al.  2001) . In contrast, a biomarker of effect (bioindicator) 
includes biochemical, physiological, or ecological structures or processes that have 
been correlated or causally linked to biological effects measured at one or more levels 
of biological organization (McCarty and Munkittrick  1996) . The biomarkers covered 
in this review are considered in the context of either exposure or effect, or both. 

 It has been suggested that, for environmental toxicology to progress, a battery of 
biomarkers will be necessary to evaluate chemical hazards (Ernst and Peterson  1994) , 
and that no biomarker can by itself offer a complete solution. Only a  multi-parametric 
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approach, including both physiological biomarkers, biomarkers of general stress and 
more specific biomarkers can adequately contribute to ecotoxicological diagnostics 
(how precisely an effect can be identified and/or characterized) (Ferrat et al.  2003) . 
However, measuring a suite of biomarkers will only be useful if they are integrated into 
a mechanistic model with obvious links to fitness (Forbes et al.  2006) . Forbes et al. 
 (2006)  suggests that biomarkers are potentially useful for testing hypotheses about 
mechanisms of chemical impacts at different levels of biological organization. Because 
the targets of protection in ecological risk assessment are usually populations, com-
munities, and ecosystems, but only rarely individuals, the biomarker response must be 
tightly and consistently linked to responses at these higher strata, particularly if the 
biomarkers are to be used as effects indicators (Forbes et al.  2006) . The ability to use 
effects at lower biological levels to predict toxicant effects at higher levels requires 
substantial improvements in understanding how mechanistic processes at each level 
are functionally integrated, in terms of whole-organism performance (Forbes et al. 
 2006) . Achieving such understanding poses major theoretical challenges. 

 Compared to animals, the subject of biomarkers in plants is a comparatively less 
explored with limited examples in the literature (Ernst and Peterson  1994 ; Ferrat 
et al.  2003) . Notwithstanding, plant biomarkers have demonstrated utility as bio-
monitoring agents, in addition to their uses in elucidating modes of action. 
Currently, the effect measures employed for toxicity testing in plants are largely 
gross acute ones such as growth rate and biomass measurements, dry or wet weight, 
and visual symptoms, e.g., chlorosis and necrosis (Davy et al.  2001) . However, 
because toxicity in plants is first manifested at the biochemical level, before whole-
organism effects are evident, biochemical effect parameters can be early indicators 
of xenobiotic stress (Davy et al.  2001) . Biochemical effects are typically more 
sensitive, although their environmental relevance and relationship with gross 
parameters, such as biomass, is not always evident (Davy et al.  2001) . Ernst and 
Peterson  (1994)  suggest that biomarkers should: go beyond visible and morpho-
logical parameters, establish such processes and products of plants that enable early 
recognition of xenobiotic stress in a dose- or time-dependent manner, and be 
observable earlier than visible damage. Furthermore, the more specific a xenobiotic 
stressor affects a metabolic process the more precisely the signal can be perceived 
(Ernst and Peterson  1994) . Thus, ideally, biomarkers should be selected from the 
events in biochemical or physiological pathways targeted by toxicants (Ernst and 
Peterson  1994) . Robust assessment of the biochemical pathway or target will normally 
be required to demonstrate biological relevance across the spectrum of biological 
organization. If the biochemical effect can not be plausibly related to effects at the 
morphological level it is of questionable value for ecotoxicological diagnostics. 

 When plants are exposed to a toxicant, they respond at the molecular level, within 
minutes to hour, by changing gene expression (Akhtar et al.  2005 ; Jamers et al.  2006) . 
Within this timeframe, metabolic compounds from affected pathways may either 
accumulate or deplete pools of metabolites. Concomitantly, plants will also rapidly 
up-regulate their detoxification systems, which can be divided into three phases: 
oxidation, reduction and/or hydrolysis reactions (phase 1),  conjugation (phase 2), and 
secondary conjugation followed by immobilization, compartmentation and/or metab-
olization (phase 3) (Kreuz and Martinoia  1999 ; Kreuz et al.  1996) . For metal 
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contaminants, phytochelatins can be formed as a means of sequestration, inactivation/
detoxification; this process has also been demonstrated to occur with flavonoids. 
Plants may synthesize specific stress proteins, which help ameliorate the effects of 
toxicants on cell protein function. Because plants synthesize organic compounds by 
capturing and transforming light energy through photosynthesis using a number of 
finely tuned biochemical pathways, even slight disturbances in the photosynthetic 
apparatus can rapidly divert excited electrons away from these pathways. Such diver-
sion may give rise to the formation of reactive oxygen species (ROS) and a resultant 
rise in ROS-scavenging enzymes. ROS formation will also affect the pigment content 
and composition in the chloroplasts and eventually photosynthetic efficiency, which 
is the driver for all plant growth. Hence, the effect of toxicant stress on plants can 
potentially be measured as changes in activity of selected biochemical steps or proc-
esses (effect measures). In the following sections, each effect measure is individually 
presented. In each section, the following are presented: an overview of the biomarker 
of interest, how it is measured, potential applications (appropriateness to a particular 
toxicant or group of toxicants), comparative value relative to morphological end-
points and associated advantages and disadvantages. For each biomarker, the quanti-
fied response for both the biomarker and a comparative morphological endpoint (if 
available) are provided in Table  1 . Fig. 1  outlines which plant biomarkers are appropriate 
for evaluating a given environmental stress.        

  2 Gene Expression  

  2.1 Overview 

 Gene expression is a sensitive indicator of toxicant exposure, disease state and cel-
lular metabolism. In principle, the measurement of gene expression levels after 
chemical exposure can form a Ògenetic signatureÓ from the pattern of gene expres-
sion changes elicited, both in vitro and in vivo, and provide information about the 
mechanism of action (Lettieri  2006) . Therefore, genomics information may lead to 
the development of predictive biomarkers of effect that allow for identification of 
potentially sensitive populations and earlier predictions of adverse effects (USEPA 
 2004) . Almost without exception, gene expression is altered during toxic stress, 
from either direct or indirect toxicant exposure (Nuwaysir et al.  1999) . The chal-
lenge is to define, under given experimental conditions, the characteristic and spe-
cific pattern of gene expression elicited by a given toxicant (Nuwaysir et al.  1999) . 
Currently, the application of gene expression technology to ecotoxicology is imma-
ture compared to that of toxicology. Reasons for this difference include: (1) the 
many variables involved in analyzing the status of natural populations, (2)  challenges 
with developing mass produced gene-chips, (3) inherent difficulties in correlating 
alterations in gene expression with changes at higher levels of biological organiza-
tion, and (4) issues of variability, uncertainty and interpretation of responses. 

 There are three main techniques for identifying and characterizing stress-induced 
genes: polymerase chain reaction (PCR), Northern blot, and microarray analysis. DNA 
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microarrays facilitate genetic profiling of responses to environmental stress, although 
only a few complete genomes have been sequenced for organisms typically employed 
in ecotoxicological evaluations. For incomplete genomes, heterologous hybridizations 
across strains and closely related species are possible for a given gene, provided the 
sequence divergence is limited (Lettieri  2006) . However, despite the advent of PCR 
techniques and gene array analysis, northern hybridization (an electrophoresis tech-
nique) using cDNA probes still remains the dominant method for detection and quan-
tification of mRNA levels. There are limited examples that employ these gene 
expression techniques for evaluating the stress effects of heavy metal and photosyn-
thetic-disrupting contaminants in aquatic higher plants (Akhtar et al.  2005 ; Jamers et 
al.  2006 ; Park et al.  2006 ; S‡nchez-Estudillo et al.  2006 ; Santos et al.  2006) .  

  2.2 Quantification 

 The isolation of RNA, amplification and cloning sequence analysis of cDNAs, and 
RNA quantification are facilitated mainly by using specialized kits (Akhtar et al. 
 2005 ; Jamers et al.  2006 ; Santos et al.  2006) . Identification and gene amplification 
typically employ PCR assays, where changes in cDNA expression levels can be 
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Fig. 1 Dendrogram indicating which biomarkers are appropriate for which xenobiotic stress 
types. Solid arrows indicate a strong, and dotted arrows a weak association. This diagram does not 
represent all applications of any biomarker, rather it shows the groups of contaminants that have 
been evaluated by a given biomarker. (All) denotes that the biomarker is potentially appropriate 
for all types of stressors (the associated arrows have been excluded to increase readability for other 
biomarker/stress associations)
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quantified (Akhtar et al.  2005 ; Jamers et al.  2006 ; Santos et al.  2006) . In cloning 
and sequence analysis, purified bands on PCR gels are typically identified by com-
paring them to cDNA sequences in electronic gene databases (Akhtar et al.  2005) . 
Northern blot analysis remains the preferred method to identify RNA sequences 
known to change in response to toxicant stress. Isolated RNA, separated by electro-
phoresis, and cDNAs isolated from PCR labeled with [ 32 P]dCTP, are used as probes 
and quantified by autoradiography (Akhtar et al.  2005) . 

 DNA arrays (gene chips) are used to profile gene expression by simultaneously 
monitoring expression levels of thousands of genes. Using high-stringency condi-
tions for hybridization, both qualitative and quantitative measurements are possible 
using fluorophore-based detection. Microarrays, based on cDNAs, or oligonucle-
otides are hybridized with fluorescent cDNA probes generated from control and 
test RNA products; these form labeled products with different fluors. A ratio of 
fluors other than one, indicates differentially expressed genes between two populations 
(Jamers et al.  2006 ; Nuwaysir et al.  1999) .  

  2.3 Applications to Evaluate Xenobiotic Stress 

 Studies employing gene expression techniques to evaluate xenobiotic and physical 
stress in aquatic plants have shown variable results. Akhtar et al.  (2005)  used differen-
tial display PCR (ddPCR) and subsequent northern hybridization, in  L. gibba  plants 
exposed to copper, to detect changes in cDNA levels for genes encoding proteins 
known to increase in response to environmental and xenobiotic stress. Levels of the 
larger transcript of the heme-activated protein (HAP) transcription factor complex 
(regulated by light and suppressed by oxidative stress) decreased upon exposure to 
copper (Akhtar et al.  2005) . Copper is known to promote the formation of ROS, which 
disrupt biological membranes (see Sect. 9). Similarly, cDNAs also showed marked 
decreases for the chloroplast nucleoid DNA-binding protein. This protein is probably 
involved in chloroplast gene expression, where down-regulation may allow plants to 
synthesize more D1 protein (affected by copper), thereby counteracting the effect of 
copper-induced damage to photosystem II (PSII) (Akhtar et al.  2005) . In contrast, 
mRNA transcripts for callose synthase, serine decarboxylase (SDC), acetylÐcoen-
zyme-A carboxylase (ACCase), and a heat shock protein (HSP: HSP90) showed 
increased transcription abundance in exposed plants (Akhtar et al.  2005) . Callose syn-
thase, which controls the deposition of callose into cell walls, is induced by wounding, 
pathogen challenge, and metal stress. SDC, which controls the flux of ethanolamine 
into the polar head groups of phospholipids, and ACCase, which contributes solely to 
the production of fatty acids were probably induced in response to ROS formation 
(Akhtar et al.  2005) . HSPs are known to be induced by heavy metals, and may respond 
to other types of environmental stress. Hence, the changes in gene expression may 
potentially be explained by the physiological effects of Cu, in this case. 

 Santos et al.  (2006)  evaluated expression levels of components and intermedi-
ates of the ubiquitin (Ub)/proteasome pathway in  Lemna minor  exposed to arsenite, 
using relative quantitative reverse transcription PCR (RTÐPCR). This pathway was 
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chosen because the Ub/proteasome system is a tightly regulated and highly specific 
for targeted proteolysis, and arsenite is known to promote ROS formation. At non-
lethal arsenite concentrations (50 µM NaAsO 

2
 ), a moderate but significant increase 

in the steady-state abundance of transcripts was observed for each gene, suggesting 
ROS-mediated induction of the Ub/proteasome system (Santos et al.  2006) . 

 Park et al.  (2006)  evaluated the up-regulation of photoprotection and PSII-repair 
gene expression in  D. salina,  when this species was exposed to irradiation. Approximately 
1% of 1,038 expressed sequence tags (ESTs) investigated were assigned to genes that 
coded for known light-stress-inducible proteins. From these, four genes encoding the 
putative carotinoid biosynthesis related gene (Cbr), Fe-superoxide dismutase (Fe-SOD), 
ATP-dependent endopetidase (Clp), and ascorbate-peroxidase APX gene transcripts 
were evaluated for differential expression under conditions of low and high light (Park 
et al.  2006) . When probed by northern blot analysis, the APX, Cbr, Fe-SOD, and Clp 
genes, gave increased levels of expression (3.2-, 5.4-, 4.8- and 2.6-fold, respectively) 
after 48 hr of exposure, when compared with controls. Under similar conditions, Jin 
et al.  (2003)  found that exposure of  D. salina  to high light only induced a 10% reduction 
in chlorophyll levels and a 50% reduction in carotinoid levels. 

 Jamers et al.  (2006)  evaluated the effect of copper exposure on gene expression 
profiles in the green algae  Chlamydomonas reinhardti,  using microarray analysis. 
Of the 2,407 differentially ESTs, 362 sequences were identified, based on compari-
son to genome databases. Several genes that involve oxidative stress defense 
mechanisms, including glutathione peroxidase and a probable glutathione  S -transferase 
sequence, showed increased expression by as much as 20 times (Jamers et al. 
 2006) . Similarly, transcription of lipoxygenase, a key enzyme in the execution of 
apoptosis induced by oxidative stress, increased 7.2-fold, and several genes con-
cerned with protein damage (recognition, repair and/or proteolysis) were also 
differentially expressed (Jamers et al.  2006) . Inexplicably, genes encoding photo-
synthetic electron transport carriers (cytochrome b6/f and ferredoxin) were down 
regulated when compared to genes involved in mitochondrial electron transport. 
Furthermore, transcription levels coding for a putative mitochondrial uncoupling 
protein involved in antioxidant defense decreased at all time points (Jamers et al. 
 2006) . Several other genes also displayed differential responses, including a 
number evaluated under copper deficient conditions. Although gene expression 
appears to show comparable sensitivity to that of algal growth rate, which decreased 
continuously at concentrations above 8 µM (25, 55 and 125 µM), microarray 
responses were not always intuitive, expected or logical.  

  2.4 Advantages 

 Gene expression assays provide a means to simultaneously assess the expression of 
thousands of genes at the mRNA level. Therefore, these assays offer a sophisticated, 
high throughput screening tool for possible identification of molecular mechanisms 
of, and novel biomarkers for, environmental stresses (Jamers et al.  2006) . In addi-
tion, measurement of gene expression levels, after chemical exposure, may facilitate 
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the formation of a Ògenetic signatureÓ from the pattern of gene expression changes 
(Park et al.  2006) . Gene expression techniques thus provide a snapshot of the reper-
toire of genes expressed by a cell or tissue at the time of harvest and RNA purifica-
tion (Nygaard and Hovig  2006) . With the advent of amplification techniques, only a 
small amount of isolated RNA is required for these analyses.  

  2.5 Disadvantages 

 A major challenge lies in taking into account intrinsic sources of variability in gene 
expression levels including: different physiologic states, age, cell types, time after 
exposure, environmental conditions and genetic polymorphisms in natural popula-
tions (Lettieri  2006) . Moreover, the expression of certain genes may vary consider-
ably, even under tightly controlled experimental conditions (Lettieri  2006) . Another 
challenge is the inherent difficulty in relating alterations in gene expression with, and 
consequences of, changes higher up the biological continuum, such as morphological, 
population or ecosystem effects. Furthermore, the relative sensitivity of gene 
expression techniques, compared to morphological endpoints is still uncertain. 
Genomics is currently limited by a series of factors: there are few species for which 
microarray gene-chips are available; the technology is expensive, which limits 
repeat testing (Lettieri  2006) ; gene expression assays are laborious and time con-
suming and many toxicant-stress genes are similar to those induced by environmen-
tal stress, rendering only lab-experiments valid. Moreover, toxicant-induced genes 
are often similar across a wide range of toxicants, making gene expression less 
certain as a Òmode-of-actionÓ diagnostic tool than initially proposed (Baerson et al. 
 2005) . In PCR analyses, there is concern that more than one cDNA can be obtained 
from a single PCR band, which is attributed to nearly identically sized cDNA frag-
ments that co-migrate on gels (Akhtar et al.  2005) . Changes in transcript abundance 
identified by PCR analysis may constitute false positives, when compared with 
northern hybridization analysis; thus, although PCR is a powerful technique, it 
must be used with caution (Akhtar et al.  2005) .   

  3 Pathway Specific Metabolites  

  3.1 Overview 

 Because different xenobiotic stresses may produce similar metabolic reactions, analysis 
of changes in metabolites from disrupted biochemical pathways can  provide more 
specific information regarding a toxicantÕs nature, and provide stronger correlation 
between the measured biomarker and the biological effect (Ernst and Peterson  1994) . 
When evaluating contaminant effects on metabolic pathways, measuring the activity 
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of a target enzyme directly, or through variations in metabolite concentrations (either 
upstream or downstream) provides the greatest diagnostic resolution. Furthermore, 
changes in metabolite concentrations provide the foundation on which all other 
stessor-induced effects depend. In plants, herbicide studies best illustrate the utility of 
metabolites or enzymes as biomarkers for displaying specificity, sensitivity, and 
relevance to morphological effects. Similar examples exist for pharmaceuticals, 
another group of highly specific biologically active compounds.  

  3.2 Quantification 

 Procedures for extraction and analysis vary markedly, and depend on the physio-
chemical properties of the metabolite(s) of interest. For tests with  L. gibba , extraction, 
purification and quantification procedures exist for polar and non-polar compounds 
(plastoquinone, ubiquinone, β-sitosterol and stigmasterol) (Brain et al.  2006) , and are 
based on protocols for algae (Schwender et al.  1996)  and seaweeds (S‡nchez-
Machado et al.  2004) . Extraction and quantification methods also exist for metabo-
lites that accumulate in the presence of ALS- (acetolactate synthase) inhibiting 
herbicides (2-aminobutyric acid) (Loper et al.  2002)  and glyphosate (shikimic acid), 
respectively (Harring et al.  1998 ; Lydon and Duke  1988) . Published methods for the 
extraction and purification of enzymes (ALS and 5-enolpyruvylshikimic acid-3-
phosphate (EPSP)-synthase) are also available (Ray  1984 ; Amrhein et al.  1983) .  

  3.3 Applications to Evaluate Xenobiotic Stress 

 Although biologically active compounds target many plant pathways, few studies 
demonstrate and compare fluctuations in metabolite production to growth end-
points. Brain et al.  (2006)  evaluated the pathway-specific effects of statin class 
blood lipid regulators in  L. gibba  plants. Statins are competitive inhibitors of 
3-hydroxy-3-methylglutaryl coenzyme-A reductase (HMGR), the rate determining 
enzyme of the mevalonic acid (MVA) pathway, responsible for synthesizing a 
myriad of compounds, including sterols. HPLC-UV (ultraviolet) analysis of plant 
extracts showed significantly decreased concentrations of both stigmasterol and 
β-sitosterol, which are critical components of plant membranes that regulate mor-
phogenesis and development (Brain et al.  2006) . The statin-mediated reductions of 
sterol concentrations, critical to plant function, accounted for the resulting 
phytotoxicity and growth inhibition. Furthermore, EC 

10
  values for atorvastatin and 

lovastatin were 2Ð3 times more sensitive effect-measures than were fresh-weight 
measures (Brain et al.  2006) . 

 Other examples of pathway specific responses can be drawn from herbicide 
mode-of-action studies. Kushwaha and Bhowmik  (1999)  found the treatment of 
cucumber cotyledons with isoxaflutole (isoxazole class of herbicides), which inhibits 
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the enzyme  p -hydroxyphenyl pyruvate dioxygenase (HPPD), significantly inhibited 
carotinoid biosynthesis. HPPD is responsible for converting  p -hydroxyphenyl pyru-
vate to homogentisate, a precursor to plastoquinone, which is required for caroti-
noid biosynthesis; carotinoids are critical protective pigments. Carotinoid content 
was 30% more sensitive as an indicator of effect than was measuring fresh weight 
(Kushwaha and Bhowmik  1999) . However, greater specificity would have been 
provided by using plastoquinone production as the key determinate. This is because 
several herbicides and other abiotic stresses (changes in irradiance, CO 

2
  and nutri-

ent availability) can cause reductions in carotinoid levels. 
 Evaluating metabolite production and enzyme activity has also been useful when 

assessing modes of action, specificity and sensitivity of amino acid synthesis-inhibiting 
herbicides, including sulfonylureas and glyphosate. Sulfonylurea herbicides interfere 
with the production of branched-chain amino acids by inhibiting ALS (Ray  1984) . 
In experiments with excised pea ( Pisum sativum  L. var Alaska) roots, Ray  (1984)  
found that ALS activity was specifically inhibited by exposure to chlorsulfuron at 
concentrations which also caused significant inhibition of root growth. 

 Although not empirically compared to a morphological parameter such as 
growth, Loper et al.  (2002)  demonstrated the utility of 2-aminobutyric acid (2-aba) 
as an exclusive biomarker for ALS-inhibiting herbicides. Present at ppm (parts per 
million) concentrations in plant tissue, 2-aba is a precursor for branched chain 
amino acid synthesis utilized by ALS, and is therefore a useful marker. Analytically, 
macro-changes in 2-aba content are easy to detect (i.e., 1 µg/g control vs 5Ð15 µg/g 
treated) compared to analyzing matrix (water) herbicide concentrations (Loper 
et al.  2002) . Furthermore, the use of a single chemical marker method, specific to 
ALS-inhibiting herbicides, is simpler and less expensive (Loper et al.  2002) . 
Amounts of 2-aba, up to 6 times that of controls, were detected for several sulfo-
nylurea and imidazole herbicides, and therefore constituted a highly sensitive 
marker method . Because 2-aba begins to build up in susceptible plants within 
hour, exposure to ALS-inhibitor herbicides can be assessed prior to symptom 
expression, which usually takes d or week to develop (Loper et al.  2002) . 

 Similar results were obtained for glyphosate, which inhibits EPSP, an enzyme 
critical in the shikimic acid pathway responsible for production of aromatic amino 
acids (phenylalanine, tryptophan and tyrosine) (Amrhein et al.  1980) . Blockage of the 
pathway results in accumulation of high levels of shikimic acid and, to a lesser extent, 
shikimic acid-3-phosphate (metabolic precursors) and loss of feedback control 
(Amrhein et al.  1980 ; Jensen  1985) . Exposure to glyphosate concentrations of 0.5, 1, 
2, 3, 5, and 10 mM in vivo caused respective increases in shikimic acid concentration 
of 44, 49, 56, 56, 87, and 100 times that of controls in cultured plant cells ( Corydalis 
sempervirens ) (Amrhein et al.  1980) . These results further demonstrate the utility of 
analyzing pathway-specific metabolites as biomarkers of exposure and effects. 

 Harring et al.  (1998)  found that the accumulation of shikimic acid in leaves of 
3-week-old oil seed rape ( Brassica napus  L. cv. Iris) was clearly dependent on the 
treatment concentration of glyphosate. However, the accumulation of shikimic acid 
was not elevated by adding glyphosate in excess of 200 g of active ingredient (a.i.) 
ha •1  ; this probably results from Michaelis-Menten saturation of EPSP synthase 
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(Harring et al.  1998) . With the exception of the pure isopropylamine salt of glyphosate 
(IPA), measuring shikimic acid accumulation 48 hr after exposure was more sensitive 
than visually assessing plant injury 14 d after exposure (Harring et al.  1998) . The 
ranking of efficacy was the same for shikimic acid accumulation and visual assess-
ment; this supports the hypothesis that measuring shikimic acid is a viable, sensitive 
and more rapid alternative to the visual assessment approach (Harring et al.  1998) .  

  3.4 Advantages 

 In plants, toxicant-induced effects are first manifested at the biochemical level. 
Therefore, measuring metabolite fluctuations not only provides information on 
mechanism of action, but often also provides greater sensitivity and more rapid 
evidence of stress than does growth endpoints. Effects at the biochemical level typi-
cally occur within minutes to hour, whereas, effects at higher levels of biological 
organization, particularly the morphological level, may take several d to week. In 
terms of diagnostic resolution, evaluations of pathway specific metabolites provide 
the most specific response for a given stressor or group of stressors, and, in contrast 
to many other biomarkers, these are suitable for use under field conditions, because 
they are not confounded by different forms of environmental stress (Loper et al. 
 2002) . If the biochemical effect can be related to effects at the physiological or 
morphological level, pathway specific metabolites can be used as sub-lethal indica-
tors for risk assessment.  

  3.5 Disadvantages 

 Measurement of metabolites requires an in-depth understanding of the target path-
wayÕs biochemistry. Moreover, measuring metabolites or enzymes requires robust 
analytical capacity, and methods vary substantially for a given compound. Hence, 
specific methods typically must be developed for the target organism(s) and 
metabolite(s). The analytical rigor associated with pathway-specific metabolite 
investigations often require sophisticated equipment, and are expensive.   

  4 Metabolic Enzymes: Phase I Metabolic Enzymes  

  4.1 Overview 

 Plants are equipped with a remarkably versatile system that protects them from 
the potentially phytotoxic actions of xenobiotics (Kreuz et al.  1996) . A multitude 
of plant enzymes, primarily cytochrome P-450s or monooxygenases, metabolize 
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drugs, herbicides and other organic xenobiotics to non-phytotoxic products. 
P-450s are microsomal heme-thiolate proteins similar to those characterized in 
the endoplasmic reticulum of mammalian livers (Kreuz et al.  1996 ; Paquette et al. 
 2000) . P-450s typically catalyze the primary step in the detoxification process, a 
metabolic attack through oxidation or hydrolysis, which usually serves to intro-
duce a hydroxyl, amino or carboxylic acid functional group (Kreuz et al.  1996) . 
The molecule then enters phase II detoxification, which involves conjugation to 
sugars, amino acids, thiols, etc., via enzymes such as glucosyltransferases and 
glutathione  S -transferases, which catalyze the more common conjugations. The 
resulting conjugates are generally inactive at the initial target site, are more 
hydrophilic and less mobile in the plant than the parent toxicant, and are suscep-
tible to further processing. Such processing may entail secondary conjugation, 
degradation and/or compartmentation. Phase II enzymes will be reviewed in the 
following Sect. 5. 

 In mammalian systems, Phase I enzymes are induced by a myriad of compounds: 
polychlorinated dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs), polychlo-
rinated biphenyls (PCBs), polycyclic aromatic hydrocarbons (PAHs), other 
halogenated biphenyls, terphenyls, pesticides, metals and natural or biogenic 
substances (Whyte et al.  2000) . Similar classes of contaminants induce phase I enzymes 
in plant systems; for example, tributyltin chloride (Pflugmacher et al.  2000b) , 
manganese, ethanol, phenobarbital and the herbicides dichlobenil and monuron 
(Reichhart et al.  1980) .  

  4.2 Quantification 

 The EROD (ethoxyresorufin-O-deethlyase) assay is the most commonly used assay 
to measure cytochrome P-450 induction (Whyte et al.  2000) . EROD activity describes 
the rate of the CYP1A-mediated deethylation of a phenoxazone ether substrate, 
7-ethoxyresorufin (7-ER) in the microsomal fraction, leading to the formation of a 
hydroxylated product resorufin (Whyte et al.  2000) . CYP1A is a gene that encodes 
for a member of the cytochrome P-450 superfamily of enzymes. Catalytic activity 
toward 7-ER is a functional indicator of the amount of CYP1A present in a tissue 
sample measured fluorometrically as resorufin, at 530 and 580 nm (Pflugmacher 
et al.  2000b ; Whyte et al.  2000) . Activity in the sample is standardized based on 
protein content of the microsomes (Bradford  1976 ; Whyte et al.  2000) . Plant tissue 
samples for microsomal and soluble protein extracts can be prepared as described by 
Pflugmacher et al.  (2000b) . 

 P-450 activity has also been measured using a cinnamic acid hydroxylation 
assay, in which production of p-coumaric acid from trans-[3- 14 C]cinnamic acid is 
measured by radiochromatography and scintillation counting (Reichhart et al. 
 1980) . The microsomal preparation for this assay is similar to that employed for the 
EROD assay. Total P-450 protein content can be quantified spectrophotometrically 
(Reichhart et al.  1980) .  
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  4.3 Applications to Evaluate Xenobiotic Stress 

 Investigations of P-450 content and enzyme activity in plants exposed to contaminants 
are sparse, although examples exist which demonstrate the utility of these metabolic 
enzymes as biomarkers. Reichhart et al.  (1979)  assessed the effect of manganese, 
iron, ethanol, phenobarbital and several herbicides on cytochrome P-450 (trans-
cinnamic acid 4-hydroxylase) activity and content in a wound-induced tuber tissue 
system from Jerusalem artichoke ( Helianthus tuberosus  L.). At high concentrations, 
ethanol, isopropanol and methanol increased P-450 content and activity, although 
butanol was found to be highly inhibitory. Phenobarbital was a weak inducer of 
P-450, whereas manganese exposure substantially increased P-450 content and 
activity (Reichhart et al.  1979) . Exposure to several herbicides produced variable 
responses; chlorpropham (mitosis inhibitor) inhibited P-450 induction and activity, 
whereas dichlobenil (cellulose biosynthetic inhibitor) and monuron (PSII inhibitor) 
increased P-450 content (Reichhart et al.  1979) . No gross morphological or physi-
ological parameters were reported as a basis of comparison. 

 Pflugmacher et al.  (2000b)  found that tributyltin chloride (TBTCl) significantly 
decreased cytochrome P-450 activity in a concentration-dependent manner using the 
EROD assay in  Cladophora sp.  microsomal fractions.  Ceratophyllum demersum  and 
 Elodea canadensis  also experienced significantly reduced enzyme activity when 
exposed to TBTCl (Pflugmacher et al.  2000b) . The inhibition of P-450 activity was 
consistent with results found in freshwater fish, e.g., rainbow trout ( Oncorhynchus 
mykiss ), European eel ( Anguilla anguilla ), or bullhead ( Cottus gobio ). Similar to 
aforegoing results of Reichhart et al.  (1979) , no corresponding gross morphological 
measurements were reported. Therefore, the relative sensitivities of the P-450 activity 
assays cannot be compared. Moreover, because a comprehensive evaluation of 
P-450 activity and content assays across an array of chemicals in plants is lacking, 
it is impossible to compare the specificity of these assays. However, in fish, a large 
number of compounds induce EROD activity, while others are inhibitors (Whyte 
et al.  2000) . In plants, EROD (CYP1A1) activity also varies with tissue/compart-
ment (roots, stems and leaves), and is reported to be higher in leaves than roots by a 
factor of two in  Phragmites australis  (Pflugmacher et al.  1999) .  

  4.4 Advantages 

 Assays and protocols for rapid analysis have been developed that measure P-450 
activity (e.g., EROD) in a variety of species, including plants. With development of 
microplate protocols, the EROD bioassay has the dual advantages of being fast and 
cost-effective when large numbers of samples are analyzed (Whyte et al.  2000) . 
With many biochemical indicators, P-450 activity assays are sensitive at lower 
contaminant concentrations and detect changes before the onset of gross adverse 
effects, as has been demonstrated in animal systems (Whyte et al.  2000) . However, 
similar sensitivity has not been explicitly shown for plants as it has for animals. 
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Because P-450Õs, in plants, are involved in more diverse reactions, caution should 
be exercised in comparisons with animal systems. Several studies have demon-
strated the utility P-450 assays as biomarkers of exposure, although responses 
(induction vs. inhibition) in these studies have been markedly variable. Researchers 
should consider that induction of P-450 enzyme activity represents the cumulative 
impact of all inducing chemicals taken up by the organism, regardless of whether 
or not they are detected analytically (Whyte et al.  2000) .  

  4.5 Disadvantages 

 Because so many xenobiotics induce P-450 enzyme activity, there are limits to the 
diagnostic ability of assays such as EROD. Consequently, it is difficult to develop 
definitive cause-and-effect relationships for specific contaminants. Confounding of 
results can occur because many substrates may competitively bind to, or allosterically 
alter the structure of CYP1A (disguising the effects of other chemicals), particularly 
with mixtures. Inhibition of P-450 catalytic activity may affect the toxicity of chemicals 
through potentiation or antagonism, which may not be recognized when measuring 
EROD activity alone (Whyte et al.  2000) . Whyte et al.  (2000)  points out that no exposure-
response relationships have been developed in fish for use of EROD as a biomarker, and 
in plants no examples were found at the time of this writing. Another disadvantage of 
P-450 activity assays, such as EROD, is the availability of more specific and sensitive 
assays, including ones of gene expression (Whyte et al.  2000) . Unlike enzymatic activity 
measurements, gene expression is not subject to the end product or substrate catalytic 
inhibition by contaminants, and allows measurement of P-450 induction where tissue 
samples are limited (Whyte et al.  2000) . In addition to their role in the detoxification 
process, plant P-450s also participate in a myriad of biochemical pathways, including 
those devoted to the synthesis of plant products. Projections suggest that there are over 
10,500 P-450Õs in higher plants (Nelson et al.  2004) , portending exceptional diversity 
and difficulty in characterizing a given response.   

  5 Metabolic Enzymes: Phase II Metabolic Enzymes  

  5.1 Overview 

 Of the phase II metabolic enzymes, glutathione  S -transferases (GSTs) show the 
most promise as biomarkers for xenobiotic stress. GSTs are a large group of related 
proteins present in eukaryotes that detoxify xenobiotics by conjugation with 
glutathione (Edwards and Dixon  2000) . GSTs are constitutive enzymes in plants, 
and form part of the glutathione pathway. Glutathione is an antioxidant in cells, 
acts as a storage compound for sulfur, and may be an important signaling molecule 
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(Tausz et al.  2004) . In addition to the constitutive forms, GST content and activity 
can be induced in response to various xenobiotics. Two studies, one with 59 species 
of lower plants and algae, and the other with 10 macrophyte species, found that 
GST activity was inducible by model xenobiotics in almost all tested species, 
despite the crude analytical methods used (Pflugmacher et al.  2000a ; Pflugmacher 
and Steinberg  1997) .  

  5.2 Quantification 

 GST activity can be measured spectrophotometrically at 340 nm, using the artificial 
substrate 1-chloro-2,4-dinitrobenzene (CDNB) to form a DNP-glutathione conju-
gate [DNP-SG] via nucleophilic displacement of Cl with the GSH-thiol (Mauch 
and Dudler  1993) ; other substrates can also be used (Pflugmacher and Schroder 
 1995 ; Pflugmacher et al.  2000a) .  

  5.3 Applications to Evaluate Xenobiotic Stress 

 GST is induced by xenobiotics in a variety of species, and the range of chemicals that 
induce GST activity in plants is quite broad, encompassing the following: insecticides 
(methyl parathion), fungicides (folpet), herbicides (dichlofop-methyl, paraquat, 
pretilachlor, atrazine, fluorodifen), a variety of organic pollutants (PAHs, pentachlo-
rophenol, pyrene, nitrobenzene derivates, TBTCl, hexachlorobenzene), natural toxins 
(cinnamic acid, cyanobacterial toxins) and metals (Al, Ni) (Anderson and Davis 
 2004 ; Deng and Hatzios  2002 ; Lei et al.  2006 ; Maya-Chavez et al.  2006 ; Mitrovic et al. 
 2004 ; Paskova et al.  2006 ; Pflugmacher  2004 ; Pflugmacher et al.  2000a,   b,   2001 ; Roy 
and Hanninen  1994 ; Roy et al.  1995 ; Schrenk et al.  1998 ; Simonovicova-Olle et al. 
 2006 ; Teisseire and Vernet  2001) . In  Lemna minor , Teisseire et al. (2000)  found that 
CuSO 

4
  stimulated GST activity up to 125% of controls, though activity decreased at 

higher concentrations, probably from cellular damage. Similarly, glutathione pools 
were quickly depleted by >50% in  Hydrilla verticillata  exposed to lead within 96 hr 
(Gupta et al.  1995) . In contrast,  Lemna minor,  exposed to the rice herbicide propanil 
did not increase GST activity significantly at EC 

80
  concentrations, during the first 

week of exposure (Mitsou et al.  2006) . Similarly, exposure of  Typha latifolia  to 
methyl parathion did not consistently induce significant GST activity (Maya-Chavez 
et al.  2006) . Differential responses were also found for  Phragmites australis  exposed 
to cyanotoxins, where microcystin induced a response but nodularin did not 
(Pflugmacher et al.  2001) . In  L. minor,  it was proposed that propanil was metabolized 
primarily by a pathway other than conjugation with glutathione. Alternative pathways 
and differences in xenobiotic levels tested may account for the variable results, 
because studies with  L. minor  and  T. latifolia  did show increased GST, but not at 
significant levels (Maya-Chavez et al.  2006 ; Pflugmacher et al.  2001) . For any given 
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toxin GST activity can be regulated differently in different species. A study on four 
algal species exposed to pyrene showed large species-specific differences; the differ-
ences were related to differential compound-tolerance (Lei et al.  2006) . For selective 
herbicides, it is known that selectivity among species derives largely from differences 
in the rate of pesticide conjugation with glutathione (Edwards and Dixon  2000) . 

 GSTs are often measured for xenobiotics that tend to induce oxidative stress (Lei 
et al.  2006 ; Paskova et al.  2006 ; Pflugmacher  2004 ; Simonovicova-Olle et al. 
 2006) , or in pesticide crop or weed metabolism studies (Deng and Hatzios  2002 ; 
Kreuz and Martinoia  1999 ; Sergiev et al.  2006 ; Zhao and Zhang  2006) . Few such 
studies link induction of GST to growth parameters. For those that do, changes in 
GST activity appears to be a rapid biomarker; clear responses occur <24 hr after 
xenobiotic exposure, when levels applied exceed the EC 

50
  for growth (Lei et al. 

 2006 ; Mitrovic et al.  2004) . Lower, chronic exposure levels appear to induce GST 
and maintain the induction over time.  Myriophyllum quitense , transplanted from a 
non-polluted area to rivers of varying nutrient- and heavy metal-pollution, showed 
a good statistical correlation between induction of GST, glutathione reductase and 
peroxidase and degree of pollution (Nimptsch et al.  2005) . Similarly,  Nuphar lutea  
showed increased GST activity when grown in PAH-polluted lakes (Schrenk et al. 
 1998) . Therefore, GST activity, and perhaps other enzymes active in xenobiotic 
degradation such as peroxidases (see Sect. 9) (Jansen et al.  2004 ; Nimptsch et al. 
 2005)  may yet prove to be sensitive indicators of xenobiotic pollution in the field.  

  5.4 Advantages 

 Inducible activity for GST, and other antioxidant/biotransformation enzymes, is 
both rapid and sensitive as a biomarker for a wide range of chemical pollutants. 
GST enzyme activity is less influenced by variations in plant-growth conditions, 
and is therefore more suitable for field evaluations. This is in contrast to, for example, 
pigment content and photosynthetic parameters (Sects. 10 and 11). The utility of 
GST activity is enhanced if the GSTs involved in ROS scavenging (likely to be 
affected by environmental stresses), and the inducible GSTs involved in detoxifica-
tion of xenobiotics, can be distinguished. Recent studies illustrate that it may be 
possible to distinguish between GST types. Gene expression of five different GSTs, 
one glutathione peroxidase and one glutathione reductase was assessed in 
 Euphorbia esula  exposed to either the herbicide dichlorfop-methyl or to cold or 
drought stress. The expression patterns induced by the herbicide and drought stress 
were quite similar, but markedly different from the pattern observed for cold 
stressed plants (Anderson and Davis  2004) . Zhao and Zhang  (2006)  compared the 
expression of GST, catalase (CAT) and superoxide dismutase (SOD) in transgenic 
rice exposed to either salt stress or to the herbicide paraquat. For salt and paraquat 
exposure, CAT and SOD activity increased, indicating oxidative stress. However, 
GST activity only increased significantly in the paraquat treated plants (Zhao and 
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Zhang  2006) . This suggests that the measured GST was primarily involved in 
xenobiotic biotransformation, assuming the levels of oxidative stress in the two treat-
ments were comparable. Further studies of different GSTs and their function may 
lead to specific biomarkers of xenobiotics exposure.  

  5.5 Disadvantages 

 The main disadvantage of GSTs is the dual roles they play in xenobiotic biotrans-
formation and ROS scavenging. GST activity may respond to non-chemical causes 
of ROS formation such as drought and chilling stress, high ammonia concentrations 
and virus infections (Anderson and Davis  2004 ; Niehl et al.  2006 ; Nimptsch and 
Pflugmacher  2007 ; Tausz et al.  2004) . However, such non-specific responses may 
be overcome by differentiation among inducible and constitutive forms of GSTs. 
Although prohibitive if all species were included, differentiation among various 
GSTs is realistic, if executed on selected cosmopolitan species.  Lemna spp.  and 
 Myriophyllum spp.  could be selected for monitoring freshwater and sediment quality, 
respectively, and macroalgae such as  Ulva spp.  may be a good candidate for field 
monitoring of saltwater quality. Using a few, thoroughly investigated, species 
would also overcome the problem of variation in regulation of GST between spe-
cies (Lei et al.  2006) . Of course, measuring enzyme activity is not as easy as meas-
uring fluorescence or biomass growth, for example. Notwithstanding, there are 
several standardized methods to measure GST activity that only requires a spectro-
photometer (Pflugmacher et al.  2000a) ; hence, measurements can be performed at 
reasonable cost by most laboratories.   

  6 Phytochelatins  

  6.1 Overview 

 Phytochelatins (PCs) are a class of heavy-metal binding peptides consisting of 
repetitive γ-glutamylcysteine units with a carboxyl-terminal glycine, ranging from 
5 to 17 amino acids in length. PCs are synthesized by all plants and exist in sizes 
varying from 2 to 11 γ-gltutamylcysteine units (Grill et al.  1987) . In plants, PCs are 
involved in detoxification and homeostasis of heavy metals, and are functionally 
analogous to metallothioneins in animals and some fungi (Grill et al.  1987) . To 
synthesize PCs, the enzyme γ-glutamylcysteine dipeptidyl transpeptidase (phyto-
chelatin synthase) catalyzes the transfer of the γ-glutamylcysteine dipeptide moiety 
of glutathione to an acceptor glutathione molecule or a growing chain of 
[Glu(-Cys)],-Gly oligomers (Grill et al.  1989) . γ-glutamylcysteine is also a 
precursor for glutathione (Grill et al.  1987) . Phytochelatin synthase (PS) is constitutively 
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present in plant cells. Although itÕs formation is not noticeably induced by heavy 
metal ions, heavy metals such as Cd 2+ , Ag + , Bi 3+ , Pb 2+ , Zn 2+ , Cu 2+ , Hg 2+ , and Au +  
increase the activity of phytochelatin synthase in a self-regulating loop (Grill et al. 
 1989) . Comparatively, no enzyme activation has been detected with other metals 
such as A1 3+ , Ca 2+ , Fe 2+ , Mg 2+ , Mn 2+ , Na +  and K +  (Grill et al.  1989) . The synthesis 
of the individual PCs, or iso-phytochelatin species, is governed by the availability 
of the specific GSH or C-terminal-modified GSH molecules, within a given plant 
(Zenk  1996) . It is essential that PCs chelate and inactivate toxic metal ions entering 
the cytosol, before they can poison the enzymes of life-supporting metabolic routes 
(Zenk  1996) .  

  6.2 Quantification 

 To analyze for this enzyme, plant tissues are extracted and processed as outlined by 
Grill et al.  (1987) , separated by HPLC, derivitized at sulfhydryl groups and detected 
at 410 nm. A more recent and refined method is provided in Srivastava et al.  (2006) . 
Assay methods for the extraction, purification and activity of phytochelatin syn-
thase are outlined in Grill et al.  (1989) .  

  6.3 Applications to Evaluate Xenobiotic Stress 

 Several studies have shown that PCs are induced after exposure to metals. This 
induction represents a unique biomarker of metal exposure and, potentially, of 
metal effect. Grill et al.  (1987)  demonstrated that PCs are selectively induced in 
 Rauvolfia serpentina  (indian snakeroot) cell suspension cultures; the ions most 
active in inducing heavy-metal-binding molecules were Cd 2+ , Zn 2+ , Pb 2+ , Ag +  and 
Sb 3+ . Induction was also observed after exposure to Ni 2+ , Au + , Bi 3+ , Sn 2+ , and the 
anions AsO 

4
  3•   and SeO 

3
  2•  , which were not known to induce metallothionein synthe-

sis in humans and animals (Grill et al.  1987) . Furthermore, a range of metal salts 
including A1 3+ , Ca 2+ , Co 2+ , Cr 2+ , Cs + , K + , Mg 2+ , Mn 2+ , MoO 

4
  2•  , Na +  or Va 2+  were 

found not to cause induction in the same test system (Grill et al.  1987) . 
 Cysteine, GSH, PC2 (a dimer) and PC3 (  a trimer) were all found in the submerged 

macrophyte  Hydrilla verticillata  after exposure to copper; both PC2 and PC3 were 
induced by 5.6- and 9.4-fold, compared to controls, respectively (Srivastava et al. 
 2006) . Higher exposures resulted in further PC2 and PC3 increases by another three- 
and twofold, respectively (Srivastava et al.  2006) . Phytochelatins were also induced 
in  H. verticillata  exposed to lead (2.5 µM), where PC2 and PC3 concentrations 
increased to greater than twice the control levels (Gupta et al.  1995) . 

 Pawlik-Skowron«ska  (2001)  evaluated the production of PCs in two freshwater 
filamentous green algae ( Stigeoclonium spp. ) that were exposed to mining water 
containing a mixture of heavy metals (17 µM). Results showed that both species 
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accumulated similar levels of PCs at an alkaline pH (8.2): 500Ð600 nmol SH g •1   dry 
weight. However, acidified conditions (pH 6.8) resulted in a >2-fold increase of 
total PC levels, and the appearance of a longer chain peptide (PC4) in response to 
a fourfold increase in the concentration of labile forms of zinc (Pawlik-Skowron«ska 
 2001) . Individual metals (Cd, Pb and Zn) induced higher amounts of PCs 
(PC2ÐPC4) than the metal mixture (Pawlik-Skowrońska  2001) . 

 Yin et al.  (2002)  found that PC2 and PC3 concentrations increased to 658 and 
118 nmol/g fresh wt, respectively, from 0 in controls of  Lemna aequioctialis  
exposed to 20 µM of cadmium. By comparison, the colony count for  L. aequioctialis  
decreased by only 10.5%, suggesting greater sensitivity for PC content analyses. 
Confirming the specificity of PCs for metals, when buthionine sulfoxine (BSO; a 
potent inhibitor of phytochelatin synthase) was added in combination with cadmium, 
a dramatic inhibition of growth occurred (Yin et al.  2002) .  

  6.4 Advantages 

 Phytochelatins are highly specific for heavy metals and can facilitate identification of 
heavy metal exposure when mixtures of contaminants exist. Inductions of PC concen-
trations show good agreement with increasing heavy metal exposure, which allows for 
concentration-dependent evaluations. PC levels have demonstrated comparable sensi-
tivity to growth measures, while providing more specific diagnostic resolution. Test 
methods that use PCs are fairly refined and have been employed for two decades; favo-
rable past experience with PCs has conferred confidence in methods and markers.  

  6.5 Disadvantages 

 Although PCs are excellent biomarkers for heavy metal exposure, their activity is 
generic among this class of contaminants. Therefore, they are inadequate to diagnose 
which heavy metal is present, or is causing effects. Measuring PC levels requires 
considerable sample preparation and rather sophisticated analytical equipment.   

  7 Flavonoids  

  7.1 Overview 

 Flavonoids (phenylpropanoids) are a class of phenolic natural products comprising 
more than 4,500 compounds. They are found in most plant tissues as monomers, 
dimers and oligomers, and serve diverse functions ranging from pollinator attractants 
to UV-B screens (Croteau et al.  2000 ; Iwashina  2000) . Flavonoids consist of various 
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groups of plant metabolites including chalcones, aurones, flavonones, isoflavonoids, 
flavones, flavonols, leucoanthocyanidins, catechins and anthocyanins (Croteau 
et al.  2000) . The first committed step of the flavonoid biosynthetic pathway is cata-
lyzed by chalcone synthase, and several stress-induced phenylpropanoids are 
derived from the resultant C15 flavonoid skeleton (Dixon and Paiva  1995) . 
Stimulation of phenylpropanoid production has been documented for a variety of 
environmental stresses, including high light/UV, pathogen attack, wounding, low 
temperatures as well as deficiencies in nitrogen, phosphate and iron (Dixon and 
Paiva  1995) . Currently, the only major class of environmental contaminants shown 
to elicit effects on phenylpropanoid production is the heavy metals (Babu et al. 
 2003 ; Kidd et al.  2001) . However, there is little information on how these stressors 
signal the accumulation of specific flavonoids (Babu et al.  2003) ; examples of 
flavonoid induction from xenobiotic exposure are limited.  

  7.2 Quantification 

  7.2.1 Chalcone Synthase 

 Total chalcone synthase protein content can be analyzed using sodium dodecyl 
sulfate polyacrylamide gel electrophoresis (SDS-PAGE) separation, and immu-
noassay (Babu et al.  2003) . The antibody-chalcone synthase complexes are detected 
with peroxidase-conjugated rabbit anti-goat IgY; the chemiluminescence produced 
by the secondary antibody is detected using radiographic film (Babu et al.  2003) .  

  7.2.2 Flavonoids 

 Current methods for extraction of flavonoids involve either heat drying (Miean and 
Mohamed  2001)  or freeze drying (Michael et al.  1992)  plant tissue samples, fol-
lowed by solvent and acid extraction. The resultant flavonoid aglycons are quanti-
fied using reversed-phase HPLC and UV detection at 365 nm (Michael et al.  1992 ; 
Miean and Mohamed  2001) .   

  7.3 Applications to Evaluate Xenobiotic Stress 

 Babu et al.  (2003)  found that chalcone synthase was up regulated by exposure to a 
combination of copper and photosynthetically active radiation (PAR) (400Ð700 nm), 
and simulated solar radiation (SSR) (containing UV-B: 290Ð320 nm) alone. In both 
cases, the sensitivity of chalcone synthase induction was proportional to that of plant 
growth rate. Compared to plants grown under standard PAR, plants exposed to SSR 
experienced nearly a 200% induction of chalcone synthase (Babu et al.  2003) . 
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Similarly, plants exposed to 8 µM CuSO 
4
  under PAR conditions also produced nearly 

a 200% induction of chalcone synthase (Babu et al.  2003) . Exposure to copper in 
combination with PAR, and SSR-alone also caused accumulation of virtually the same 
population of phenylpropanoid compounds. Flavonoids are known to act as scavengers 
of ROS, and both copper and UV generate ROS via independent mechanisms (Babu 
et al.  2003) . Moreover, some hydroxyl group-containing flavonoids can chelate heavy 
metals. Thus flavonoids show promise as biomarkers of heavy metal exposure.  

  7.4 Advantages 

 Although specific induction patterns, or signatures, have not been developed for 
groups of contaminants, current research suggests some commonality in signal 
transduction and response pathways for ROS-forming stresses (see Sect. 9). To date, 
only heavy metals have been shown to induce flavonoid biosynthesis. Other ROS-
facilitating contaminants may be appropriately evaluated via flavonoid analysis, 
however this is speculative. Because copper induces chalcone synthase to a similar 
degree and in the same manner as UV exposure (ROS formation), induction of this 
enzyme appears to be a useful biomarker for heavy metal exposure. Thus flavonoid 
analyses may contribute to further understanding and characterization of toxic 
response mechanisms.  

  7.5 Disadvantages 

 To date, little has been done on the specificity of flavonoid induction to particular 
groups of contaminants. Therefore, it is not conclusive whether flavonoid induction 
may serve as a biomarker of general stress, be specific to a given stressor type, or both. 
The work required to extract and analyze flavonoid induction are laborious, and 
enzyme-specific evaluations of chalcone synthase require specific antibodies. 
Because flavonoids serve such diverse functions in plants, their response to xeno-
biotic exposure may be difficult to interpret.   

  8 Stress Proteins (Heat Shock Proteins)  

  8.1 Overview 

 Lewis et al.  (2001)  states that all organisms respond to stress at the cellular level 
through rapid synthesis of a few Òstress proteins,Ó with associated simultaneous 
inhibition of normal protein synthesis. Initially described by Ritossa  (1962)  as heat 
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shock proteins (HSPs) produced in  Drosophila melanogaster  cells following exposure 
to high temperature, a diverse range of environmental stresses have subsequently 
been identified, precipitating the more generalized Òcellular stress response (CSR)Ó 
designation (Lewis et al.  2001) . Exposure to trace metals, organic pollutants, UV 
radiation, changes in temperature or osmolarity, hypoxia and anoxia are all environ-
mental stresses which can induce these proteins (Lewis et al.  1999) . However, stress 
protein research has been confined almost exclusively to animals, despite the wide-
spread use of plants as pollution monitors (Lewis et al.  2001) . 

 Although some stress proteins are only found in cells that are responding to 
stressors, most are present at lower concentrations under normal conditions 
(constitutively expressed) and play essential roles in cellular protein homeosta-
sis by acting as molecular chaperones (Lewis et al.  2001) . When stress events 
occur, levels of constitutive stress proteins rise and inducible forms begin to be 
synthesized (Lewis et al.  2001) . It is thought that under stress conditions, stress 
proteins take on additional but related functions to molecular chaperoning, 
helping repair denatured proteins and protecting others from damage (Lewis 
et al.  2001 ; Waters et al.  1996) . Such protection allows cells to recover and 
survive the stress. As a primary protective response of cells, CSR is potentially 
useful in environmental monitoring (Lewis et al.  2001 ; Sanders  1990) . Stress-
proteins can be divided into families according to molecular weight; four major 
stress-protein or HSP families of 90, 70, 60 and 16Ð24 kDa are prominent, and 
are, respectively referred to as hsp90, hsp70, hsp60 and low molecular weight 
(LMW) stress-proteins (Bierkens  2000) . A large physiological cost is thought 
to be associated with stress protein production (Krebs and Loeschcke  1994) , 
and HSP accumulation may represent 10Ð15% of total soluble protein in tissue 
(Lewis et al.  2001) .  

  8.2 Quantification 

 The approaches most frequently used to quantify stress proteins include metabolic 
labeling, followed by autoradiography and immunoassays with protein-specific 
antibodies or cDNA probes (Lewis et al.  1999) . Western blotting, slot blotting, 
radioimmuno-assays (RIAs) and enzyme linked immunosorbant assay (ELISAs) 
are all methodologies employed to detect and quantify stress proteins (Lewis et al. 
 1999) . An Hsp70 ELISA has been optimized for the green algae  Pseudokirchneriella 
subcapitata  (formerly  Selenastrum capricornutum ), using a monoclonal antibody 
with broad cross-reactivity for Hsp70 among species, and sensitivity gauged at 
>2 ng (Bierkens et al.  1998) . Bierkens et al.  (1998)  suggest that measuring Hsp70 
induction after 3 d rather than 6 d of exposure, may increase test sensitivity. Ireland 
et al.  (2004)  have also developed an indirect competitive ELISA (IC-ELISA) with 
a working range of 0.025Ð10 mg/L; this assay employs a monoclonal antibody 
raised against purified Hsp70 of  Phaseolus aureus  (mung bean) for use in marine 
macroalgae and fresh water plant species.  
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  8.3 Applications to Evaluate Xenobiotic Stress 

 The use of HSPs as biomarkers in plants has been assessed in a few studies, with 
mixed results. In  Enteromorpha intestinalis  (a seaweed) exposed to copper and an 
antifouling herbicide (Irgarol 1051; a triazine herbicide), growth was the most sensitive 
measure of exposure in both cases, whereas, the Hsp70 response was comparatively 
weak (Lewis et al.  2001) . Lewis et al.  (2001)  suggest that the relative sensitivities 
of each endpoint are related to the contaminantÕs mode of action; Hsp70 is only 
induced by stressors that are strongly proteotoxic. Copper is known to bind to pro-
teins as a primary mode of action by interacting with sulphydryl groups of intracel-
lular proteins, and disrupting their conformation (Lewis et al.  2001) . Under 
nutrient-replete conditions, copper did induce an increase in Hsp70 levels. Paraquat 
is the only herbicide reported to induce stress proteins (Sanders  1993) , and is poten-
tially highly proteotoxic, because it facilitates the formation of ROS during photo-
synthesis (BPCP  2002) . Triazine herbicides, such as Irgarol 1051, are thought to 
produce free radicals as a secondary consequence of blocking photosynthesis 
(Ahrens  1994) , although, to a lesser extent than does paraquat. 

 In tests with the green algae  R. subcapitata,  stress-proteins demonstrated greater 
sensitivity than did growth inhibition endpoints, when exposed to different classes 
of environmental pollutants including heavy-metals (Zn 2+ , Se 2+ ), carbamates (car-
baryl) and organochlorine insecticides (lindane), chlorinated hydrocarbon insecti-
cides (pentachlorophenol; PCP), and surfactants (sodium dodecyl sulfate; SDS) 
(Bierkens et al.  1998) . With the exception of PCP, all stressors evaluated caused a 
concentration-dependent induction of Hsp70 synthesis. The heavy metals Zn 2+  and 
Se 2+  induced Hsp70 synthesis at concentrations one to two orders of magnitude 
below the concentrations at which effects on growth are observed (Bierkens et al. 
 1998) . Heavy metals are among the most potent inducers of Hsp70 at concentra-
tions equal to or approaching the limits set by regulatory authorities (Bierkens et al. 
 1998) . Furthermore, SDS, carbaryl and lindane induced Hsp70 at concentrations 
that caused only minimal growth inhibition in  R. subcupituta . 

 Ireland et al.  (2004)  evaluated Hsp70 production in response to cadmium expo-
sure in three species of marine macroalgae ( Fucus serratus ,  Chondrus crispus , 
 Ulva lactuca ), and one species of duckweed ( Lemna minor ). Exposure of  F. serratus  
to cadmium resulted in a concentration-dependent increase in Hsp70 levels up to 
tenfold that of control values, beyond which Hsp70 concentrations decreased 
(Ireland et al.  2004) . Similarly,  L. minor  showed a concentration-dependent 
increase in Hsp70 levels of more than fivefold, but subsequently decreased to levels 
equal to control values. The reductions in Hsp70 concentrations above certain stress 
thresholds may be attributed to cellular damage. 

 Lewis et al.  (2001)  suggest that an antibody that detects only the inducible form 
of Hsp70, instead of total Hsp70 (constitutive and inducible forms) may confer a 
more specific and sensitive response. Moreover, Hsp60 may be more sensitive to 
copper toxicity than Hsp70, because it is found primarily in mitochondria and chlo-
roplasts, which are the sites of redox reactions and involve many metallo-enzymes 
that copper may bind to and disrupt. LMW stress proteins are known to be particularly 
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abundant and responsive to stress in higher plants (Waters et al.  1996) , and may 
provide a more sensitive response to certain stressors (Lewis et al.  2001) .
This may also hold true for algae.  

  8.4 Advantages 

 Stress-proteins offer an advantage over analytical methods in that they measure the 
effective fraction of pollution that affects an organism; they also effectively inte-
grate multiple exposure routes for a given interval and number of pollutants 
(Bierkens  2000) . Furthermore, because stress-proteins are integrators of protein 
damage, they may provide added value to biomonitoring, by increasing the sensi-
tivity of biological testing and complementing tests that measure more specific 
modes of toxic action (Bierkens  2000 ; Bierkens et al.  1998 ; Sanders et al.  1994) . 
Hsp70 is induced by a wide variety of chemicals, and evidence exists that measuring 
Hsp70 induction adds to detection sensitivity by a factor of 5Ð1,000, depending on 
the class of chemicals involved (Bierkens et al.  1998) . Because heat-shock 
response occurs under conditions which constrain cell metabolism, Bierkens 
 (2000) , and Meyer et al.  (1995)  concluded that it does not represent a sensitive 
marker for subtle pharmacological or toxicological effects, but contributes to a 
better estimation of cell damage at denoted levels of protein synthesis inhibition 
and/or proteotoxicity. Similarly, de Pomerai  (1996)  believes that, for mixtures, 
stress-proteins constitute an integrated response of the total damage caused to 
proteins within the organism.  

  8.5 Disadvantages 

 Although stress proteins may have increased sensitivity over morphological 
endpoints (Bierkens et al.  1998) , different agents induce different families of stress-
proteins with widely differing efficiencies. Therefore, screening for only one class 
of stress-proteins may not provide a sufficiently sensitive bioindicator for a range 
of pollutants (Bierkens  2000 ; de Pomerai  1996) . Furthermore, stress proteins may 
be a less sensitive biomarker than those which quantify and characterize effects at 
the primary target, because proteotoxicity, resulting in Hsp activation, may be a 
secondary consequence of toxicological damage (de Pomerai  1996) . Thus, stress 
proteins appear to be less sensitive for contaminants that are not primarily proteo-
toxic (Lewis et al.  2001) . The stress protein response can also be influenced posi-
tively or negatively by a variety of xenobiotics, thereby complicating the 
interpretation of data from field studies in which xenobiotic mixtures are present 
(Bierkens  2000) . In addition, HSPs are induced by changes in temperature (Ireland 
et al.  2004) , and inhibited under nutrient- limiting conditions (Lewis et al.  2001) , 
which may further confound the response and render environmental control 
difficult. High variability in response is also an issue.   
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  9 Reactive Oxygen Species and Scavenging Enzymes  

  9.1 Overview 

 The generation of, and protection against ROS is an intrinsic characteristic of any living 
cell (Bolwell and Wojtaszek  1997) . ROS are part of the alarm-signaling processes in 
plants and serve to modify metabolism and gene expression that allow plants to 
respond to adverse environmental conditions, invading organisms and UV irradiation 
(Foyer et al.  1994) . In plants, the production and destruction of ROS is intimately 
involved with the regulation of photosynthetic electron flow, where stress-mediated 
imbalances may induce ROS, and lead to photoinhibition and photooxidation of the 
organelles in the chloroplast (Foyer et al.  1994) . The photosynthetic electron transport 
system is the major source of ROS in plant tissues. ROS have the potential to generate 
singlet oxygen  1 O 

2
  and superoxide O 

2
  ¥• , which in turn, can be successively reduced to 

hydrogen peroxide (H 
2
 O 

2
 ) and hydroxyl radical (¥OH) (Foyer et al.  1994) . ROS forma-

tion in plants stimulates defense mechanisms in which antioxidant systems are induced 
to detoxify different ROSs, and assist in acclimating plants to oxidative stress (Babu et 
al.  2003 ; Dixon et al.  1998 ; Foyer et al.  1994) . For example, superoxide is detoxified 
by SOD, hydrogen peroxide is detoxified by ascorbate peroxidase (APX), and 
hydroxyl radicals are scavenged by glutathione through GST (Babu et al.  2003 ; 
Bowler et al.  1992 ; Dixon et al.  1998 ; Foyer et al.  1994) . Thus, up-regulation of a 
particular antioxidant system in stressed plants may reveal the nature of ROS formed 
(Babu et al.  2005) . Both natural and man-made stress can provoke increased produc-
tion of toxic oxygen derivatives. Oxidative damage arises in high light, principally in 
conjunction with additional stress factors such as chilling temperatures or pollution 
(Foyer et al.  1994) . Under non-stressful conditions, the antioxidative defense system 
provides adequate protection against the background production of both reactive oxygen 
and free radicals produced under normal light conditions . During a stress event, which 
induces additional ROS formation, the capacity of the antioxidative defense system is 
often increased. If this increase is insufficient, ROS production will exceed scavenging 
capacity and lead to metabolic disruption, loss of function, and tissue destruction 
(Foyer et al.  1994) . Evaluations of ROS and antioxidant enzymes are most appropriate 
for compounds that target the photosynthetic chain by disrupting the flow of electrons, 
particularly metals and certain organics. ROS production and antioxidant enzymes can 
potentially be used to identify the source (type/nature) of stress.  

  9.2 Quantification 

  9.2.1 Reactive Oxygen Species 

 Production of ROS in  Lemna gibba  has been measured using H 
2
 DCFDA 

(2«,7«-dichlorodihydrofluorescein diacetate), a non-fluorescent compound that is 
readily taken up by cells (Babu et al.  2003 ; Behl et al.  1994) . Once inside, the 
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acetate is cleaved by endogenous esterases and the acetate-free reduced form 
(H 

2
 DCF) becomes trapped inside the cells, and can be oxidized by ROS, particu-

larly the hydroperoxides, to form a highly fluorescent fragment of H 
2
 DCFDA, DCF 

(Babu et al.  2003) . DCF fluorescence is measured using an excitation wavelength 
of 485 nm and an emission wavelength of 530 nm, and measurements can be made 
both on intact plants and homogenates (Babu et al.  2003) .  

  9.2.2 Plant Extract Preparation 

 Crude plant extracts are prepared according to the methods of Jansen et al.  (1996) . 
Antioxidant activities in the supernatants can then be assayed for all treatments on 
an equal protein basis, as confirmed using a Bradford reagent (Babu et al.  2005) .  

  9.2.3 Superoxide Dismutase 

 As outlined by Babu et al.  (2003)  and modified from Beauchamp and Fridovich 
 (1971) , SOD activity can be measured using non-denaturing polyacrylamide gel 
electrophoresis. Activity is assessed using nitroblue tetrazolium (electron acceptor 
for colorimetric and spectrophotometric activity assays of oxireductases), which 
appears as a negative stain under cool white fluorescent light. The SOD isozymes 
are identified by inhibitor studies, as described by Bowler et al.  (1992) , and the 
density of each SOD isozyme is quantified by densitometry.  

  9.2.4 Ascorbate Peroxidase 

 The oxidation of ascorbic acid by APX is measured spectrophotometrically as the 
decrease in absorbance of the substrate at 290 nm (Nakano and Asada  1981) . 
The assay medium contains Na-ascorbate and a known amount of protein; 
the reaction is started by the addition of hydrogen peroxide. Correction can be 
made for the low, non-enzymatic oxidation of ascorbate by hydrogen peroxide 
 (Teisseire and Guy  2000) .  

  9.2.5 Glutathione Reductase 

 Glutathione reductase (GR) is a ubiquitous NADPH-dependent enzyme, which 
catalyzes the reduction of oxidized glutathione (GSSG) (Smith et al.  1988) . 
Glutathione reductase activity is measured spectrophotometrically (Smith et al. 
 1988) . The assay medium contains 5,5«-dithiobis-2-nitrobenzoic acid (DTNB) 
and oxidized GSSG; GR activity is measured as a rise in absorbance at 412 nm 
from the reduction of DTNB by GSH to TNB (2-nitro-5-thiobenzoic acid) (Smith 
et al.  1988) .   
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  9.3 Applications to Evaluate Xenobiotic Stress 

 The effects of contaminants on ROS production and scavenging enzymes have 
been investigated in several studies, particularly metals and organics that target 
the photosynthetic chain with consistent results. Teisseire et al. (2000)  found 
that copper caused significant modification of GR activity in  Lemna minor . 
Concentration-dependent increases of pyrogallol peroxidase, guaiacol peroxi-
dase and catalase activities were observed at all treatment concentrations; cata-
lase and guaiacol peroxidase, in particular, were strongly induced at levels as 
high as 347% and 374% of the basal level, respectively (Teisseire and Guy 
 2000) . Similar to GR and GST, APX activity increased to a maximum of 132% 
compared to controls, though beyond this concentration APX activity decreased 
(Teisseire and Guy  2000) . Teisseire et al. (2000) concluded that, because of 
their sensitivity, certain antioxidant enzymes may be useful as water quality 
biomarkers. Unfortunately, growth parameters were not reported as a means of 
comparison. 

 Babu et al.  (2005)  evaluated the effects of copper and 1,2-dihydroxyanthraqui-
none (1,2-dhATQ; a PAH), alone and in combination in  L. gibba . Singularly, 
copper and 1,2-dhATQ caused 7% and 35% inhibition of growth at 4 mM and 
3 mM, respectively; however, the combination produced a synergistic inhibition 
of growth rate (70%) (Babu et al.  2005) . Comparatively, treatment with copper 
alone and in combination with 1,2-dhATQ, induced Mn SOD and CuÐZn SOD 
isoforms by ~50Ð200%, indicating that certain isoforms of SOD can provide a 
two to threefold more sensitive effect measure than growth (Babu et al.  2005) . 
Exposure to copper and 1,2-dhATQ, in combination, caused an increase in ROS 
production by ~75% and a 2.5-fold induction of GR activity, compared to con-
trols; singular treatments had no effect on either parameter (Babu et al.  2005) . In 
contrast, APX activity was induced upon exposure to copper, unchanged upon 
exposure to 1,2-dhATQ and decreased upon exposure to the binary combination 
(Babu et al.  2005) . The exogenous addition of DMTU (dimethyl thiourea, a 
potent ROS scavenger) was found to alleviate the formation of ROS in plants 
subjected to the mixture of copper and 1,2-dhATQ, suggesting that H 

2
 O 

2
  and 

¥ OH were the causative ROS agents, because DMTU is a specific scavenger of 
both radicals (Babu et al.  2005) . 

 Babu et al.  (2003)  also evaluated the simultaneous effects of copper and UV 
radiation, in the form of SSR (a light source containing PAR and UV radiation), in 
 L. gibba . Both copper and SSR caused ROS formation, although the ROS levels 
were higher when copper was combined with SSR than when applied with PAR. In 
comparison to PAR grown plants, SSR treated plants exhibited elevated levels of 
SOD and GR, and these enzyme levels were further elevated when copper was 
added at concentrations that generated ROS (Babu et al.  2003) . 

 Hence, evaluating ROS production directly, as well as the induction of scavenging 
enzymes, provides a highly specific biomarker for ROS-mediated toxicity, and 
shows greater sensitivity than growth for certain metrics (SOD).  
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  9.4 Advantages 

 Differential antioxidant responses to specific chemical treatments suggest that the 
formation of different ROS species can vary greatly between contaminants. Induction 
or suppression of certain antioxidant enzymes can disclose which types of ROS are 
responsible for a given effect. Evaluation of ROS production and antioxidant 
enzymes may also portend a specific mechanism of action. Furthermore, ROS pro-
duction and antioxidant levels correlate logically and strongly with effects on growth 
(Babu et al.  2003,   2005  ). S everal antioxidant assays provide more specific and sensitive 
indicators of stress when compared to morphological and pigment endpoints (Sect. 
10) (Babu et al.  2005) . With the exception of SOD, measuring ROS production and 
antioxidant levels does not require exhaustive sample preparation and specialized 
equipment, because most assays can be measured spectrophotometrically.  

  9.5 Disadvantages 

 Although evaluation of antioxidant enzymes provides insight into the causative 
ROS that contributes most to a particular response, the responses are complex and 
currently cannot be attributed to a single ROS (Babu et al.  2005) . Evaluating the 
levels of SOD transcripts requires extensive sample preparation and specialized 
equipment, because quantification requires densitometry analysis and isozyme 
identification requires conducting inhibitor studies. The use and application of ROS 
production and antioxidant induction/suppression is largely untested under field 
conditions. This introduces uncertainties and confounding in responses because of 
the complexity of environmental matrices and mixtures.   

  10 Plant Photosynthetic Pigments  

  10.1 Overview 

 Chlorophylls and carotinoids are the primary light capturing pigments in higher 
plants, and are located in thylakoid membranes of the chloroplast. Pigments func-
tion to absorb light energy for photosynthesis, and protect the photosynthetic appa-
ratus from excess light. Excess light can create a surplus of excited electrons, which 
exceeds the capacity of the photosynthetic electron transport chain, leading to the 
formation of ROS (Buchanan et al.  2001) . Light intensity, spectral composition of 
light, nutrient status and temperature are all factors that affect the content and com-
position of photosynthetic pigments, which vary naturally among species and with 
leaf position (Murchie and Horton  1997 ; Nielsen  1993) . The main principle behind 
acclimation of pigment content to light, in plants, is optimization of light absorption 
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under given conditions, and adjustment to the carbon fixation capacity of the plant. 
Hence, under conditions of low irradiance pigment content is increased to maxi-
mize light absorption; at high irradiance pigment content is reduced to avoid ROS 
damage (Murchie and Horton  1998) . At high nutrient availability (particularly 
nitrogen), pigment content increases to enhance carbon fixation (Cedergreen and 
Madsen  2003 ; Eloranta et al.  1988) . When temperature affects carbon fixation 
rates, the pigment content adjusts accordingly (Barko  1983 ; Eloranta et al.  1988) . 
Particularly in the aquatic environment, light quality and quantity varies substan-
tially with water color and depth (Wetzel  1983) . Hence, even in the same stand of 
plants, leaf pigment content and composition will vary with water depth. 

 Xenobiotics may affect pigment synthesis directly, e.g., herbicides that target 
chlorophyll and carotinoid biosynthesis by inhibiting protoporphyrinogen oxidase 
and  p -hydroxyphenyl pyruvate dioxygenase, respectively (Copping and Hewitt 
 1998) . Other xenobiotic stressors can affect pigment content indirectly; for example, 
highly lipophilic chemicals acting to induce necrosis (Donkin  1994) , or herbicides 
that interrupt membrane synthesis (Copping and Hewitt  1998) . The herbicides diquat 
and paraquat, which disrupt the photosynthetic electron transport chain, may directly 
increase ROS formation and indirectly decrease the carbon sink capacity. Ultimately, 
disruption of electron flow leads to an excess of electrons at the light harvesting complex 
of the photosynthetic apparatus (Copping and Hewitt  1998 ; Marshall et al.  2000) . 
Heavy metals are also known to induce ROS formation (Babu et al.  2005 ; Lagriffoul 
et al.  1998 ; MacFarlane  2003 ; Mocquot et al.  1996) . Therefore, many chemicals, with 
different modes of action, may affect pigment composition.  

  10.2 Quantification 

 Photosynthetic pigments are typically measured spectrophotometrically after extrac-
tion with organic solvents such as acetone, ethanol, methanol or diethyl ether 
(Greenberg et al.  1992 ; Lichtenthaler  1987 ; Porra  2002) . Absorbance of whole plant 
extracts is calculated from the ratio of extract to reference blank, using equations from 
Porra et al.  (1989) , Greenberg et al.  (1992) , Rowan  (1989)  and Ritchie  (2006) . More 
elaborate analyses, particularly on micro algae communities, where the community 
structure can be quantified through pigment content, are conducted on methanol 
extracts using HPLC (Marinho and Rodrigues  2003 ; Wilhelm et al.  1995) .  

  10.3 Applications to Evaluate Xenobiotic Stress 

 A range of studies, primarily on heavy metals (Appenroth et al.  2001 ; Lagriffoul 
et al.  1998 ; Powell et al.  1996 ; Qi et al.  2006) , PAHs (from creosote) (Marwood 
et al.  2001)  and herbicides (Cedergreen et al.  2007 ; Frankart et al.  2003 ; 
Kushwaha and Bhowmik  1999 ; Turgut and Fomin  2002 ; Turgut et al.  2003) , have 
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shown chlorophyll and carotinoid content to be as or more sensitive  stress indicators 
than biomass or relative growth rate. For example, measuring chlorophyll-a, -b, 
and carotinoid content in cucumber cotyledons treated with isoxaflutole, dem-
onstrated nearly double the sensitivity compared to fresh weight (Kushwaha and 
Bhowmik  1999) . 

 However, there are exceptions to this pattern of comparative sensitivity. 
Investigations of the effects of monochloroacetic acid and dichloroacetic acid on 
the aquatic macrophytes  Myriophyllum spicatum, M. sibiricum  and  Lemna gibba  
showed little or no response for chlorophyll a, b or carotenoids at concentrations 
that gave good concentration-response relationships for morphological and 
growth-related endpoints (Hanson et al.  2002,   2003) . Microcosm evaluations 
with several pharmaceuticals tested alone or in combination, have also shown this 
trend for  L. gibba ,  M. spicatum  and  M. sibiricum  (Brain et al.  2004a,   2005a,   b) . 
Laboratory exposures of  L. gibba  to several pharmaceuticals also showed that 
pigments were comparatively less sensitive than growth measures (Brain et al. 
 2004b)  . However, among pigments, chlorophyll b was generally more sensitive 
than chlorophyll a, whereas, carotenoids were the least sensitive endpoint (Brain 
et al.  2004b) . The triazine herbicide terbuthylazine showed no effect on pigment 
content in  Lemna minor  at concentrations that completely arrested growth, even 
though ROS formation was expected (Cedergreen et al.  2007) . There are two 
causes for this: some chemicals may arrest growth before pigment content is 
affected because of their mode of action; alternatively, the chemicalÕs effect on 
pigments may be influenced by environmental growth conditions. In reality, it is 
probably a combination of both. Herbicides such as terbuthylazine, glyphosate 
and metsulfuron-methyl will never show the same level of immediate bleaching, 
even under full sunlight, as will the herbicide diquat, which can turn leaves yellow 
within one d. On the other hand, all three herbicides do show more bleaching 
under field conditions than they do when grown in growth chambers under 
moderate light intensities (80Ð200 µmol m •1   s •1   (PAR)) (Cedergreen et al.  2007 , 
personal observations). 

 Pigment content and/or composition is generally used as a biomarker in the field 
for studies on micro-algae, where pigment content equates to living algae biomass, 
and pigment composition is indicative of species (Wilhelm et al.  1995) . Field studies 
on pigment content as a biomarker in higher plants are rare. MacFarlane  (2003)  
attempted to relate chlorophyll-a, -b and carotinoid content to sediment pollution 
and leaf accumulation of the heavy metals Cu, Pb and Zn, in mangrove ( Avicennia 
marina ). However, only a correlation between leaf Zn content, and chlorophyll a/b 
ratio was found, though this correlation was not maintained over time (MacFarlane 
 2003) . Because only biochemical parameters were measured, it is difficult to relate 
these measures to ecologically relevant parameters such as growth, reproduction 
and survival (MacFarlane  2003) . Regardless, the study reveals that when pigments 
show a correlation with pollutant exposure, the stability of this effect measure can 
be obscured or diminished by environmental factors. Therefore, pigments are not 
reliable measures of chemical pollution, in the field, unless appropriate controls are 
available for comparison.  
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  10.4 Advantages 

 Pigment content can be an easy-to-measure and robust biomarker, amenable to both 
laboratory and field-based investigations. Inhibition of pigment content may portend 
modes of action, if the contaminant disrupts photosynthesis or pigment biosynthesis. 
Pigment content can be a more sensitive effect indicator than growth, particularly 
where the pigment biosynthetic pathway or photosynthetic apparatus is targeted 
directly (bleaching herbicides and PSII inhibitors). Greenberg et al.  (1992)  proposed 
that pigment content be conjoined with morphological endpoints, because pigments 
indicate damage to processes other than cell division. Furthermore, visual observa-
tion of plant coloration may preclude the necessity of measuring pigment content. 
Chlorophyll measures are frequently employed with algae, as an alternative to cell 
counts, to assess stress, because it is equally sensitive but easier to assay.  

  10.5 Disadvantages 

 Pigment content biomarkers have variable sensitivity compared to gross morphological 
endpoints, depending on the contaminant mode of action. Because they are not as con-
taminant-specific, pigment content endpoints are not as widely employed, as biomarkers 
of xenobiotic stress, as are morphological endpoints. The plasticity of pigment content 
and composition, in response to environmental conditions (particularly light for sub-
merged plants), renders it less useful as a biomarker under field conditions.   

  11  Photosynthesis: Chlorophyll Fluorescence 
and Gas Exchange  

  11.1 Overview 

 Measurements of chlorophyll fluorescence are now widely used for studying plant 
photosynthesis and stress response (Force et al.  2003 ; Frankart et al.  2003 ; Marwood 
et al.  2001,   2003 ; Oxborough  2004 ; Roger and Weiss  2001 ; Strasser et al.  2000) . 
Chlorophyll fluorescence will change in response to chemical contaminant exposure 
and abiotic stress (drought, suboptimal temperatures and nutrient deficiency) 
(Chesworth et al.  2004 ; Christensen et al.  2003 ; Deltoro et al.  1999 ; KellomŠki and 
Wang  1999 ; Mahan et al.  1995 ; Sayed  2003) . Chlorophyll fluorescence generates a 
range of parameters that may provide information on the efficiency of the photo-
system II (PSII) electron transport chain. The efficiency of PSII correlates well with 
CO 

2
  fixation, although this correlation often breaks down under different forms of 

stress (Maxwell and Johnson  2000) . Direct measurements of net CO 
2
  fixation are 

necessary to determine photosynthetic rates, and thereby, the potential for net plant 
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growth. Gas exchange measurements are more laborious than those for fluorescence 
and are seldom used to monitor xenobiotic or environmental stress.  

  11.2 Quantification 

 There are several different approaches to measure chlorophyll fluorescence. The 
simplest, quickest and most widely used method, particularly in the field, is the 
measurement of fast chlorophyll-a fluorescence induction. This method measures 
the variance in fluorescence of dark adapted plants/leaves, exposed to a supersatu-
rating light flash that produces the so-called Kautsky curve (Force et al.  2003 ; 
Kautsky et al.  1960 ; Strasser et al.  2000) . 

 Another often used method, particularly for laboratory studies, is pulse ampli-
tude modulation (PAM) (Genty et al.  1989 ; Maxwell and Johnson  2000) . The maxi-
mum quantum yield parameter of PSII primary photochemistry is estimated by the 
ratio  F  

v
 / F  

m
  = ( F  

m
  •  F  

o
 )/ F  

m
  for dark adapted leaves (Maxwell and Johnson  2000) , 

where  F  
o
  is the minimum fluorescence, and  F  

m
  is the maximal fluorescence 

(Marwood et al.  2001) . The effective quantum yield parameter of PSII (Φ 
PSII

 ) pho-
tochemistry is calculated as ∆ F / F ′ 
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 , where  F  

t
  is the steady-state 

fluorescence and  F ′ 
m
  is the maximum fluorescence under steady-state conditions of 

continuous actinic light (Maxwell and Johnson  2000) . Photochemical (directly 
dependent on electron transport) and nonphotochemical (all non-radiative mecha-
nisms involved in dissipation of excess absorbed light energy) quenching of fluo-
rescence parameters can be calculated as  qP =  ( F ′ 

m
   −   F  
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 ), respectively, where  F ′ 

o
 , is the minimum fluorescence in 

the light-adapted state (Genty et al.  1989 ; Maxwell and Johnson  2000) . Because 
nonphotochemical quenching generally increases in plants under stress, the param-
eter 1 Ð  qN  is typically employed as an index for characterizing nonphotochemical 
contribution (Marwood et al.  2001) . A comprehensive review of chlorophyll fluo-
rescence is provided in Maxwell and Johnson  (2000) . 

 Most modern fluorometers use modulated measuring systems (allowing the 
yield of fluorescence to be measured in the presence of background illumination), 
with the ability to apply far-red light to plant tissue. Gas exchange measurements 
are often performed with an oxygen electrode, if measures are taken on submerged 
plants and algae (Binzer and Middelboe  2005) , or with an infrared gas analyzer 
(IRGA), if gas exchange is measured on aerial leaves (Flexas et al.  2007) .  

  11.3 Applications to Evaluate Xenobiotic Stress 

  11.3.1 Chlorophyll Fluorescence 

 Chlorophyll fluorescence is affected by chemicals that interfere directly with the 
PSII electron transport chain (mainly herbicides), or otherwise increase production 
of ROS that are damaging to PSII. Lipophilic compounds (e.g., PAHs, creosote, 
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anthracene and the hydrophobic components of wastewater) have been shown to 
affect fluorescence parameters   in aquatic plants and algae at earlier times, or at 
comparable or lower concentrations, than those affecting growth (Gensemer et al. 
 1999 ; Juneau et al.  2003 ; Marwood et al.  2001,   2003) . Heavy metals including Cr, 
Cu, Cd and Zn, have also shown effects on chlorophyll fluorescence; only Cr, how-
ever, shows such effects at concentrations lower than those affecting growth 
(Appenroth et al.  2001 ; Drinovec et al.  2004) . 

 Marwood et al.  (2001)  found that the estimated EC 
50

 s for inhibition of growth, 
chlorophyll content and photosynthesis (both  F  

v
 / F  

m
  and ∆ F / F ′ 

m
 ) were comparable 

in  L. gibba  and  M. spicatum,  exposed to creosote. Furthermore, the slopes of the 
concentrationÐresponse curves were similar for growth and chlorophyll-a-fluores-
cence endpoints, suggesting that PAH toxicity was associated primarily with effects 
on the photosynthetic apparatus (Marwood et al.  2001) . ∆ F / F ′ 

m
 , the quantum effi-

ciency of electron transport through PSII, was found to be the most sensitive 
chlorophyll-a fluorescence parameter. Marwood et al.  (2001)  states that even a 
moderate reduction of chlorophyll-a fluorescence will cause deleterious effects on 
photosynthetic energy production, because of the tight relationship between these 
two processes; eventually the plant will suffer severely diminished growth. 

 The effect of herbicides that catalyze the formation of ROS (diquat and 
paraquat), and interfere with PSII (atrazine, bentazon, diuron, irgarol, linuron and 
terbuthylazine) or block the synthesis of light absorbing carotenoids can be detected 
earlier (and at lower concentrations) using fluorescence, than can effects on growth 
(Cedergreen et al.  2004 ; Chesworth et al.  2004 ; Christensen et al.  2003 ; Frankart 
et al.  2003 ; Hulsen et al.  2002) . Clodinafop, a fatty acid inhibitor, can affect fluo-
rescence parameters shortly after application (Abbaspoor and Streibig  2005) . 
However, correlations with photosystem inhibition are less distinct for herbicides 
that disturb plant metabolism at sites more remotely connected with photosynthe-
sis. Herbicides such as glyphosate, the imidazolinones and the sulfonylureas all 
block the synthesis of amino acids (Copping and Hewitt  1998) , which can promote 
imbalances between metabolites leading to indirect effects. Plants treated with 
these herbicides typically take d to week to die, depending on species and environ-
mental conditions. Changes in fluorescence parameters for these herbicides can be 
detected, though usually at higher concentrations, or at times when visual stress 
symptoms already exist (Cedergreen et al.  2004 ; Christensen et al.  2003 ; Frankart 
et al.  2003 ; Riethmuller-Haage et al.  2006) . 

 Frankart et al.  (2003)  evaluated the effects of four different herbicides in 
 L. minor  using PAM fluorescence. For exposures to paraquat (ROS inducer in PSI), 
norflurazon (carotenoid biosynthetic inhibitor), and atrazine (PSII electron trans-
port inhibitor), the percent inhibition of growth, chlorophyll and carotenoid,  F  

v
 / F  

m
 , 

and  F′  
v
 / F′  

m
  were generally similar for a given exposure concentration. However, 

Φ 
PSII

  consistently yielded 2Ð3 times greater sensitivity compared to growth. In contrast, 
fluorescence measures were less sensitive than either growth or pigment content for 
exposure to flazasulfuron (branched chain amino acid inhibitor). Photosynthetic 
parameters reflect differing modes of action where pronounced inhibition of a 
parameter can be associated with a particular point in the photosynthetic process 
(Frankart et al.  2003) . Although the results for  qN  were more variable in response 
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and sensitivity, when compared to  F  
v
 / F  

m
 , Φ 

PSII
  and  F′  

v
 / F  

m
 , the variables comprising 

 qN  may provide valuable information regarding xenobiotic mode of action 
(Frankart et al.  2003) . 

 Growth conditions influence how early, and at which concentrations, changes in 
fluorescence can be measured. In greenhouse studies, effects from glyphosate have 
been measured after 6 and 24 hr. Comparatively, changes in fluorescence could not 
be measured at all after one week when exposed in growth chambers (at lower 
irradiance), even at concentrations above the EC 

50
  (Christensen et al.  2003) . 

If plants are growing at irradiances near photoinhibiting intensities, as occurs in 
greenhouses during the summer, minor herbicide-induced changes in metabolism 
may be sufficient to push the ROS scavenging and PSII repair systems to their 
limits. As a result, photosystem damage would be reflected in altered fluorescence. 
In comparison, well watered and fertilized plants, growing at sub-saturating irradi-
ance, would have greater potential for up-regulating ROS scavenging and PSII 
repair systems. Hence, changes in fluorescence would be seen at a later time and at 
higher concentrations, under these growth conditions.  

  11.3.2 Correlations with Gas Exchange 

 Under laboratory conditions, there is a strong linear relationship between Φ 
PSII

  and 
carbon fixation efficiency (Fryer et al.  1998) . A linear plot of the quantum yield of 
CO 

2
  fixation (Φ 

CO2
 ) and PSII photochemistry (Φ 

PSII
 ), allows the electron requirement 

per molecule of CO 
2
  fixed to be quantified (Epron et al.  1995) . However, discrepan-

cies may occur under certain stress conditions from changes in the rate of photores-
piration or pseudocyclic electron transport (Fryer et al.  1998 ; Genty et al.  1989 ; 
Maxwell and Johnson  2000) . This correlation (Φ 

CO2
  and Φ 

PSII
 ) may break down under 

field conditions, where discrepancies are caused by changes in relative rates of CO 
2
  

fixation and competing processes such as photorespiration, nitrogen metabolism and 
electron donation to oxygen (Fryer et al.  1998 ; Maxwell and Johnson  2000) . 

 In maize plants, comparisons of Φ 
CO2

  and Φ 
PSII

  showed that, when exposed to 
low temperatures, the ratio of Φ 

PSII
 /Φ 

CO2
  was higher than for unstressed fully developed 

leaves (Fryer et al.  1998) . This was accompanied by an increase in the capacity of 
antioxidation systems, which indicated that leaves were suffering from oxidative 
stress and increased electron transport to alternative electron sinks, probably gen-
erating active oxygen species (Fryer et al.  1998) . 

 Riethmuller-Haage et al.  (2006)  found that climate chamber grown black night-
shade plants, treated with a sulfonylurea herbicide (metsulfuron methyl), showed 
similar reductions in CO 

2
  fixation and Φ 

PSII
  (76% and 66%, respectively), compared 

to controls, at an illumination level of 750 µmol m 2  s •1  , 4 d after treatment. For 
greenhouse grown plants, results were similar at 70%, and 57%, respectively 
(Riethmuller-Haage et al.  2006) . However, for glyphosate sprayed barley, gas 
exchange, monitored continuously for 7 d after spraying, responded for all tested 
concentrations within 24 hr, whereas no change in fluorescence (Kautsky-curve 
parameters) was detected even after 7 d (Cedergreen, personal observations). 
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 With the exception of C 
14

  incorporation or O 
2
  evolution, measured on micro 

algae, few studies use gas exchange measurements as effect measures of chemical 
toxicity, (Petersen and Kusk  2000) . Similar to pigment content, photosynthetic 
rates measured on micro algae constitutes an indirect measure of algae biomass 
or growth, rather than an early indicator of altered plant or algae metabolism.   

  11.4 Advantages 

 Chlorophyll fluorescence is a fast, cheap, non-destructive biomarker for a large 
range of chemicals; effects can also be detected at an earlier stage than by meas-
uring growth rates. Chlorophyll fluorescence has demonstrated comparable or 
greater sensitivity than growth endpoints for a number of contaminants, depending 
on the mechanism of action. Because fluorescence is a non-destructive measure, 
the kinetics of the toxic effect on photosynthesis can be measured over time, 
making it a powerful tool for assessing uptake rates, effects, internal transportation 
and recovery in plants (Abbaspoor et al.  2006 ; Cedergreen et al.  2004) . The 
measurement of plant growth, as a toxicity endpoint, is not practical in the field, 
because measurements at zero time usually cannot be taken; chlorophyll fluores-
cence alternatively, is ideal for rapidly assessing instantaneous and/or continuous 
effects of contaminants (Marwood et al.  2001) . Chlorophyll fluorescence 
depicts the efficiency of PSII, and the extent to which it is being damaged by 
excess light, and often provides direct measures of the photosynthetic rate 
(Maxwell and Johnson  2000) .  

  11.5 Disadvantages 

 Fluorescence is not equally effective for all chemicals. The absence of a fluores-
cence response does not mean a plant is chemically un-stressed, because chlorophyll 
fluorescence is affected by environmental factors other than chemical stress. 
Hence, the most consistent results are obtained under controlled conditions, i.e., in 
the laboratory. If measurements are made in the field, care should be taken to 
interpret data in the context of other factors that can affect fluorescence. Although 
fluorescence is easy to measure, if experiments are not designed correctly results 
may be impossible to interpret (Maxwell and Johnson  2000) . Practical problems 
with leaf darkening in the field, required for application of far-red light to plant 
tissue (for calculating  F  

o
 ), may occur, though this can be overcome by transiently 

covering the leaf with a black cloth whilst simultaneously providing far-red light 
(Maxwell and Johnson  2000) . Alternatively, clips, designed to fit the fluorescence 
measurement tool, are used to darken parts of leaves prior to measurements 
(Christensen et al.  2003) .   
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  12 Summary  

 This review emphasizes the predictive ability, sensitivity and specificity of aquatic 
plant biomarkers as biomonitoring agents of exposure and effect. Biomarkers of 
exposure are those that provide functional measures of exposure that are character-
ized at a sub-organism level. Biomarkers of effect require causal linkages between 
the biomarker and effects, measured at higher levels of biological organization. 
With the exception of pathway specific metabolites, the biomarkers assessed in this 
review show variable sensitivity and predictive ability that is often confounded by 
variations in growth conditions, rendering them unsuitable as stand alone indicators 
of environmental stress. 

 The use of gene expression for detecting pollution has been, and remains immature; 
this immaturity derives from inadequate knowledge on predictive ability, sensitivity 
and specificity. Moreover, the ability to the detect mode of action of unknown toxi-
cants using gene expression is not as clear-cut as initially hypothesized. The princi-
pal patterns in gene expression are generally derived from stress induced genes, 
rather than on ones that respond to substances with known modes of action (Baerson 
et al.  2005) . Future developments in multivariate statistics and chemometric meth-
ods that enhance pattern analyses in ways that could produce a ÒfingerprintÓ, may 
improve methods for discovering modes of action of unknown toxicants. 

 Pathway specific metabolites are unambiguous, sensitive, correlate well to growth 
effects, and are relatively unaffected by growth conditions. These traits make them 
excellent biomarkers under both field and laboratory conditions. Changes in metabo-
lites precede visible growth effects; therefore, measuring changes in metabolite 
concentrations reduces experimental times considerably and increases diagnostic 
resolution (Harring et al.  1998 ; Shaner et al.  2005) . 

 The metabolic phase I enzymes (primarily associated with P-450 activity) are 
non-specific biomarkers, and few studies relate them to growth parameters. P-450 
activity both increases and decreases in response to chemical stress, often confounding 
interpretation of experimental results. Alternatively, phase II metabolic enzymes 
(e.g., glutathione  S -transferases; GSTÕs) appear to be sensitive biomarkers of expo-
sure, and potentially effect. Some GSTÕs are affected by growth factors, but others 
may only be induced by xenobiotics. Measuring xenobiotic-induced GSTÕs, or their 
gene expression patterns, are good candidates for future biomarkers of the cumula-
tive load of chemical stress, both in the laboratory and under field conditions. 

 Phytochelatins respond to some but not all metal ions, and may therefore be used 
as biomarkers of exposure to identify the presence and bioavailability of ions to 
which they respond. However, more data on their specificity to, and interactions 
with growth factors, in more species are needed. The flavenoids are only repre-
sented by one heavy metal exposure study; therefore, their use as biomarkers is 
currently difficult to judge. 

 Stress proteins tend to be specific for toxicants that affect protein function. 
Growth factors are known to affect the level of stress proteins; hence, the use of 
stress proteins as biomarkers will be confined to experiments performed under con-
trolled growth conditions, where they can be excellent indicators of proteotoxicity. 
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 Reactive oxygen species (ROS), ROS scavenging enzymes, changes in pigment 
content, photosynthesis and chlorophyll fluorescence are all affected by growth fac-
tors, particularly light and nutrient availability. Therefore, these biomarkers are best 
suited to investigate the mode of action of toxicants under controlled growth condi-
tions. These biomarkers are sensitive to xenobiotic stressors that affect various processes 
in the photosynthetic apparatus, and can be used to diagnose which photosynthetic 
process or processes are primarily affected. Chlorophyll fluorescence is a non-destructive 
measure, and is thereby well suited for repeated measures of effect and recovery 
(Abbaspoor and Streibig  2005 ; Abbaspoor et al.  2006 ; Cedergreen et al.  2004) . 

 Bi-phasic responses (over time and with dose) are probably major sources of 
variation in sensitivity for many biomarkers. Metabolic enzymes, stress proteins, 
ROS and their corresponding scavenging enzymes increase in a time-frame and at 
doses in which plant cell damage is still repairable. However, when toxicity 
progresses to the point of cell damage, the concentration/activity of the biomarker 
either stabilizes or decreases. Examples of this response pattern are given in Lei 
et al. (2006); Pflugmacher et al.  (2000b) ; Teisseire et al.  (1998) ; and Teisseire and 
Guy  (2000) . Gene expression is also a time-dependent phenomenon varying several 
fold within a few hour. Therefore, bi-phasic response patterns make timing and 
dose-range, within which the biomarkers can be used as measures of both exposure 
and effect, extremely important. As a result, most biomarkers are best suited for situ-
ations in which the time and dose dependence of the biomarker, in the investigated 
species, are established. 

 Notwithstanding the previously mentioned limitations, all assessed biomarkers 
provide valuable information on the physiological effects of specific stressors, and 
are valuable tools in the search for understanding xenobiotic modes of action. 
However, the future use of aquatic plant biomarkers will probably be confined to 
laboratory studies designed to assess toxicant modes of action, until further knowl-
edge is gained regarding the time, dose and growth-factor dependence of biomark-
ers, in different species. No single biomarker is viable in gaining a comprehensive 
understanding of xenobiotic stress. Only through the concomitant measurement of 
a suite of appropriate biomarkers will our diagnostic capacity be enhanced and the 
field of ecotoxicology, as it relates to aquatic plants, advanced.     
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     Human Health Effects of Methylmercury 
Exposure       

    Sergi   Díez            

  1 Introduction  

 Mercury (Hg) has caused a variety of significant and documented adverse effects 
on human health and the environment throughout the world. Mercury and the com-
pounds with which it combines are highly toxic, particularly to the developing 
nervous system. The toxicity mercury imposes on humans and other organisms is 
dependent on the chemical form, the amount, the pathway of exposure and the 
vulnerability of the person exposed. Human exposure to mercury may occur via a 
variety of pathways, including consumption of fish, occupational and household 
uses, dental amalgams and mercury-containing vaccines. 

 Mercury has received special attention because it has proven toxic effects on 
multiple species. In particular, methylmercury (MeHg), the most toxic form of 
mercury, can cause severe neurological damage to humans and wildlife (Clarkson 
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et al.  2003 ; Grandjean et al.  1999) . The primary means by which humans are 
exposed to mercury are through contact with dental amalgams (mercury vapor, Hg 0 ) 
and fish consumption (MeHg). Recently, increasing concern has been expressed by 
pediatricians regarding the safety of many vaccine preparations routinely adminis-
tered to infants, which contain an ethyl mercury compound (thimerosal). Although 
patterns of human usage of mercury have changed over the centuries, occupational 
exposure to it still occurs; significant sources include exposure to Hg vapor during 
mining (gold, etc.) operations (Grandjean et al.  1999 ; Malm  1998) , Hg use in the 
chlor-alkali industry (Calasans and Malm  1997 ; Montuori et al.  2006)  and Hg use 
in dentistry (Harakeh et al.  2002 ; Morton et al.  2004) . 

 Today, the general population is primarily exposed to three different forms of 
mercury: mercury vapors emitted by dental amalgam fillings (Goering et al.  1992 ; 
Hansen et al.  2004 ; Razagui and Haswell  2001) , MeHg naturally bioaccumulated in 
fish (Bjornberg et al.  2003 ; Canuel et al.  2006 ; Hightower and Moore  2003) , and an 
ethyl mercury compound, thimerosal, which is employed as a preservative in certain 
commonly used childhood vaccines (Bernard et al.  2004 ; Halsey  1999 ; Sager  2006) .  

  2 Sources and Cycling of Mercury in the Global Environment  

 Mercury is a natural element in the earth’s crust; it is a silver-colored, shiny, liquid 
metal found in a variety of chemical forms in rocks, soil, water, air, plants and 
animals. Mercury usually combines with other elements to form various inorganic 
(e.g., the mineral cinnabar, a combination of mercury and sulfur), or organic (e.g., 
MeHg) compounds, although Hg occasionally also occurs in its elemental, rela-
tively pure form, as a liquid or vapor. 

 The global cycling of mercury begins when Hg vapor rises from land and sea 
surfaces. Most atmospheric mercury exists as elemental mercury vapor, a chemi-
cally stable monatomic gas, which circulates in the atmosphere for up to 1 yr; 
mercury vapor may be widely dispersed and may be transported thousands of miles 
from original points of emission. Hg vapor is oxidized in the upper atmosphere to 
water-soluble ionic mercury, which is returned to the earth’s surface in rainwater. 
Wet deposition during rainfall is the primary mechanism by which mercury is trans-
ported from the atmosphere to surface waters and land. After deposition, mercury 
commonly is emitted back to the atmosphere, either as a gas or associated with 
particles, to be re-deposited, elsewhere. As Hg cycles between environmental com-
partments (atmosphere, land, and water), mercury undergoes a series of complex 
chemical and physical transformations, many of which are not completely under-
stood. In fact, about 90% of the total Hg input to oceans is recycled to the atmos-
phere, and less then 10% reaches sediments. However, a small percentage (about 
2%) is methylated in biota and is accumulated in the food-chain; only a small frac-
tion of MeHg is lost to the atmosphere, mainly as highly volatile dimethyl mercury 
(Fitzgerald et al.  1998) . Mercury accumulates most efficiently in the aquatic food 
web, where predatory organisms at the top trophic levels have the highest   mercury 
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concentrations. Almost all of the mercury that accumulates in fish tissue is MeHg; 
inorganic mercury is less efficiently absorbed, and more readily eliminated from 
the body than is MeHg, and it does not tend to bioaccumulate. 

 The sources from which mercury is released to the environment can be grouped 
into four categories: (1) natural sources; (2) current anthropogenic releases from 
mobilization of mercury impurities in raw materials; (3) current anthropogenic 
releases resulting from mercury used intentionally in products and processes; and 
(4) re-mobilization of historically-deposited anthropogenic mercury releases 
worldwide. 

  Natural sources  include volcanoes, evaporation from soil and water surfaces, 
degradation of minerals and forest fires. Available information indicates that natu-
ral sources account for less than 50% of total releases. There are indications that 
current global anthropogenic emissions of mercury have resulted in deposition rates 
that are 1.5–3 times higher than those of pre-industrial times. In the vicinity of 
industrial areas, the deposition rates have increased by 2–10 times during the last 
200 yr (Bergan et al.  1999 ; USEPA  1997) . In 1994, global natural Hg emissions 
were estimated to be ~1,650 metric t/yr (Mason et al.  1994) ; in a later update, 
1,400 t/yr constituted the best estimate (Lamborg et al.  2002) . The Programme for 
Monitoring and Evaluation of the Long-Range Transmission of Air Pollutants in 
Europe (European Model and Evaluation Program; EMEP) estimated the global 
natural emission at about 2,400 metric t/yr, of which 1,320 was emitted from land 
and 1,100 was emitted from oceans (Bergan and Rodhe  2001) . Emission invento-
ries indicate that Asian sources account for more than 50% of the global anthropo-
genic emissions of total Hg (Jaffe et al.  2005) . In the coming decades, it is expected 
that the rapid economic and industrial development in Asia will result in a signifi-
cant increase in anthropogenic Hg emissions, unless drastic measures are taken to 
prevent it (Wong et al.  2006) . 

 Among the more important  anthropogenic processes  that mobilize mercury 
impurities are the following: coal-fired power plants and coal burning for heat gen-
eration; cement production; and mining and other metallurgic activities involving 
the extraction and processing of minerals (production of iron and steel, zinc and 
gold). Important sources of anthropogenic releases that occur from the intentional 
extraction and use of mercury include the following: mercury mining; small-scale 
gold and silver mining; chlor-alkali production; breakage of fluorescent lamps, auto 
headlamps, manometers, thermostats, thermometers, and other instruments; dental 
amalgam fillings; manufacturing of products containing mercury; waste treatment 
and incineration of products containing mercury; landfills; and cremation. 

 The atmospheric residence time of elemental mercury is in the range of mon to 
~1 yr. The environmental residence time for atmospheric mercury makes transport, 
on a hemispherical scale, possible; emissions on any continent may, therefore, con-
tribute to the deposition on other continents. For example, based on modeling of the 
intercontinental mercury transport performed by the EMEP at the Meteorological 
Synthesizing Centre-East (EMEP/MSC-E ) (Travnikov  2005) , up to 67% of total 
depositions to the continent are from external anthropogenic and natural sources. 
Among these, ~24% are from Asian sources, and 14% from European ones. 
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In Europe, about 40% of annual mercury depositions result from intercontinental 
transport, including 15% from Asia and 5% from North America. The Arctic region 
has no significant local sources of mercury emission. However, about half of the 
mercury deposition in the Arctic results from atmospheric transport from foreign 
anthropogenic emission sources; the greatest contribution is from Asian (33%) and 
European sources (22%). 

 Speciation influences the transport of mercury within and between environmen-
tal compartments. Mercury adsorbed onto particles, and ionic (e.g., divalent) mer-
cury compounds are normally deposited on land and in water, primarily near their 
sources of origin; in contrast, elemental mercury vapor is transported on a hemi-
spherical or global scale portending global concern for such vapor emissions. 
Another concern is the so-called “polar sunrise mercury depletion incidence,” a 
special phenomenon that has been shown to influence the deposition of mercury in 
Polar regions. It has also been termed “the mercury sunrise,” because deposition of 
high amounts of mercury is taking place during the first few mon of the Polar sun-
rise. It appears that solar activity and the presence of ice crystals influence the 
atmospheric transformation of elemental gaseous mercury to divalent mercury, 
which is more rapidly deposited. Mercury depletion, from this effect, has now been 
observed in Alert, Canada (Schroeder et al.  1998) , in Barrow, Alaska, USA 
(Lindberg et al.  2002) , Svalbard, Norway (Berg et al.  2003) , in Greenland (Ferrari 
et al.  2004) , as well as in the Antarctic (Ebinghaus et al.  2002) .  

  3 Methylmercury  

  3.1 Pathways of Human Exposure 

 As a result of the previously-described global cycling of mercury, inorganic mer-
cury reaches the aquatic environment and is transformed to MeHg via methylation 
by microbial communities in aquatic sediments. Microbial conversion to MeHg is 
believed to be a protective mechanism, because inorganic (mercuric) mercury is 
more toxic to them. In aquatic systems, the microorganisms primarily responsible 
for methylation of mercury are the sulfate-reducing bacteria (Acha et al.  2005 ; King 
et al.  2000 ; Watras et al.  2005) . This MeHg produced by microbial action enters the 
aquatic food chain. Accordingly, when human exposure occurs, it is almost exclu-
sively from consumption of fish and marine mammals contaminated with MeHg. 

 The mercury concentrations that exist in various fish species generally range 
between 0.01 and 4 mg/kg, depending on factors such as pH and redox potential of 
the water, and species, age and size of the fish. Because mercury biomagnifies in 
the aquatic food web, fish and other higher trophic level organisms, tend to have 
higher levels of mercury. Hence, large predatory fish, such as king mackerel, pike, 
shark, swordfish, walleye, barracuda, large tuna, scabbard and marlin, as well as 
seals and toothed whales, contain the highest mercury concentrations. Available 
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data indicate that mercury is present around the globe in concentrations that may 
adversely affect humans and wildlife. These levels have led to advisories in a 
number of countries (for fish, and sometimes marine mammals) to limit or avoid 
consumption of certain fish taken from mercury-contaminated water bodies; warnings 
have been issued particularly for sensitive subgroups (pregnant women and young 
children). Moderate consumption of fish (with low mercury levels) is not likely to 
result in exposures that compromise health. However, people who consume larger 
quantities of fish or marine mammals may face health risks from overexposure to 
mercury (Hightower and Moore  2003) . Although MeHg naturally accumulates in 
fish through the food chain, consumption of farmed fish may also result in MeHg 
exposures. Fish-consumption advisories issued to protect human health do not 
usually extend to fish by-products fed to farmed animals. Future guidelines 
designed to decrease exposure to MeHg must address farming practices that use 
fish by-products (Dorea  2006) . Previous studies have shown that the meat of animals 
fed fish meal, or other fish products, is likely to contribute to MeHg exposure (Choi 
and Cech  1998 ; Lindberg et al.  2004) . Nevertheless, results from studies have 
shown no significant difference in MeHg levels in wild vs. farmed salmon (Easton 
et al.  2002 ; Foran et al.  2004) . 

 The most dramatic case of severe MeHg poisoning, which resulted from fish 
consumption by fisherman and their families, was the Minamata Bay, Japan inci-
dent of the 1950s. The source of contamination, in this incident, was an acetalde-
hyde manufacturing plant in which inorganic mercury was used as a catalyst. The 
amount of mercury discharged to water ways from this plant, between 1932 and 
1968, was large, and was estimated at 456 t. As a result of these discharges, and 
subsequent consumption by the local population of MeHg contaminated-fish from 
the polluted water ways, hundreds of people died, and thousands were affected, 
many permanently (Akagi et al.  1998 ; Harada  1995) . The medical disorders associ-
ated with this epidemic became known as “Minamata disease.” A similar fish-
mediated epidemic of MeHg poisoning occurred in riverside villages along the 
Agano River in Niigata, Japan, in 1964–1965 (Tsubaki and Irukayama  1977) . 

 Japan is not the only country, however, in which such events have occurred. 
Recently, a population resident in the Brazilian Amazon showed evidence of 
increased exposure to MeHg, which resulted from their consumption of fish con-
taminated by upstream gold-mining activities (Dolbec et al.  2000 ; Grandjean et al. 
 1999 ; Lebel et al.  1998) . 

 Methyl- and ethyl-mercury poisonings occurred in Iraq following consump-
tion of seed grain that had been treated with fungicides containing these 
alkylmercury compounds (Bakir et al.  1973) . The first outbreaks were caused by 
ethylmercury, and occurred in 1956 and, again in 1959–1960; ~1,000 people were 
adversely affected. The second outbreak was caused by MeHg, and occurred in 
1972. The imported mercury-treated seed grains were subsequently ground into 
flour that was used to prepare homemade bread throughout rural areas of Iraq. 
The latent period after exposure to MeHg, before toxicity appeared, contributed 
to this disaster; farmers fed contaminated grain to their livestock without observing 
any immediate effects. Such observations probably led farmers to conclude that 
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the grain was safe for them to consume, as well. Subsequent human consumption 
of contaminated bread resulted in insidious and irreversible neurological symp-
toms. The victims experienced no ill effects during the intake period. After con-
sumption had stopped, no neurological symptoms appeared for more than 1 mon. 
This relatively long latent period is a dangerous property of MeHg. In the Iraq 
incident, the first symptom to appear was paresthesia and later, but in a rapid 
sequence, more severe signs appeared such as ataxia, dysarthria and loss of vision. 
Unlike the long-term exposures in Japan, the epidemic of MeHg poisoning in Iraq 
had a short duration, although, the magnitude of the exposure was high. It was 
reported that as many as 50,000 persons may have been exposed, and neurological 
impairments in children were evident (Myers et al.  2000) . Tragically, more than 
6,500 individuals were hospitalized, and 459 died from consumption of 
Hg-contaminated bread.  

  3.2 Reports of Exposure 

 Estimation of the magnitude of MeHg exposure to the general population has only 
been made in few countries such as the United States (Mahaffey et al.  2004 ; 
McDowell et al.  2004) , Japan (Yasutake et al.  2004)  and Germany (Becker et al. 
 2002,   2003  ). A part from those populations known to have high fish consumption, 
mean Hg levels in hair generally range from > 0.1 to 1.0 mg/kg (Bjornberg et al. 
 2003 ; Knobeloch et al.  2005 ; Montuori et al.  2006 ; Stern et al.  2001) ; mean blood 
levels of Hg are generally in the range of 1.0–5.0 µg/L, although, worldwide, there 
are more Hg residue data for hair, than for blood. 

 Higher levels of Hg exposure occur in populations that live near oceans, lakes 
and rivers, because these populations consume more freshwater fish. In the Faroe 
and Seychelles islands, the median Hg concentration found in maternal hair is 
4.5 mg/kg (Grandjean et al.  1992) , and 5.8 mg/kg (Cernichiari et al.  1995a) , respec-
tively. In the river basins of the Amazon, median hair Hg levels typically range 
between 5 and 15 mg/kg (Akagi et al.  1995 ; Barbosa et al.  2001 ; de Campos et al. 
 2002 ; Dolbec et al.  2001 ; Dorea et al.  2003 ; Kehrig et al.  1997 ; Santos et al.  2002a) . 
 Table 1  presents the Hg concentrations found in human hair for residents of various 
countries. It can be seen from these results, that gold mining, together with chlor-
alkali plants, constitute the most important sources of mercury contamination that 
affect people, in the world.      

  3.3 Toxicokinetics 

 Several recent reviews have addressed the absorption, disposition, and excretion 
of MeHg in the body (ATSDR  1999 ; Clarkson and Magos  2006 ; USEPA  2001) . 
It is well known that about 95% of MeHg ingested in fish is absorbed in the 
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   Table 1  Comparison of mercury (Hg) concentrations (mg/kg dry wt) in human hair collected at 
various worldwide locations  
 Location  Mean  Range  Remarks References

 Faroe Islands  4.27   2.6–7.7  Mother at parturition Grandjean et al.1997
    1.12   0.69–1.88  Child, 12 mon 
    2.99   1.7–6.1  Child, 7 yr 
 Minamata, Japan      2.46–705  Patients of Minamata disease Harada 1995
 Tokyo  2.98     Male Nakagawa 1995
    2.02     Female 
 Wau-Bulolo, Papua, 

New Guinea 
 0.55   0.19–1.1  Background Saeki et al. 1996

    1.20   0.39–3.0  Gold-mining area 
 Bangladesh  0.44   0.02–0.95  Fish consumption Holsbeek et al. 1996
 Tarragona, Spain  0.77   0.18–2.44  School children Batista et al. 1996
 California, USA  0.64   0.3–1.8  Tribal members Harnly et al. 1997
    1.60   0.3–2.3  Non-tribal members 
 Shiranui Bay, Japan  5.00     Male Harada et al. 1998
    2.10     Female 
 Tokushima, Japan  4.62  0.626–24.6    Feng et al. 1998
 Harbin, China  1.69  0.112–36.4    
 Medan, Indonesia  3.13  0.203–19.9    
 Hong Kong, China  3.33     Fertile male Dickman et al. 1998
    4.23     Subfertile male 
 New Zealand         3–6  Maternal hair Crump et al. 1998
 Madeira, Portugal  10.39   1.93–42.61  Pregnant woman Renzoni et al. 1998
 Lake Victoria, Tanzania      0.29–953  Gold mine Harada et al. 1999
        0.29–416  Fishing village 
        0.48–474  City 
 Seoul, Korea  1.70     Male Lee et al. 2000
    1.10     Female 
 Doha, Kuwait  4.18     Fisherman Al-Majed and 

Preston 2000
    2.62     Control 
 Gdansk, Poland  0.38     Person who died suddenly Hac et al. 2000
 Montreal, Canada  0.82  <0.20–6.59  Frequent fish consumers Kosatsky et al. 2000
    0.38  <0.20–3.38  Infrequent fish consumers 
 Seychelles Islands  6.80   0.5–26.7  Maternal hair Myers et al. 2000
    6.5   0.9–25.8  5–6-yr-old children 
 Diwalwal, Philippines   2.65   0.03–34.71  Control Drasch et al. 2001

    2.77   0.03–13.17  Downstream of gold mine 
    1.71   0.03–8.91  Gold mine, non-occupational 
    3.62   0.03–37.76  Gold mine, occupational 
 Kamuango, Kenya  1.44   0.67–3.5  Gold mine Harada et al. 2001
 Sori Beach, Kenya  2.09   0.73–5.6  Fishing village 
 Homa Bay, Kenya  4.50   0.61–42.8  Fishing village, with 

Hg-containing soap user 
 Dunga Beach, Kenya  48.50   0.27–900  Fishing village, with 

Hg-containing soap user 
 Kisumu, Kenya  145   1.1–603  City, with Hg-containing soap 

user 
 Tapajos River, Brazil      1.8–53.8  Gold-mining area 
 Negro river basin, Brazil  12.65     0–44.53  <15-yr-old children Barbosa et al. 2001
 Wayana, French Guiana  11.40       Frery et al. 2001
 Upper Maroni, French 

Guiana 
 12.7 (10.2)     Maternal (children) hair Cordier et al. 2002

 Camopi , French Guiana  6.7 (6.5)       
 Awala, French Guiana  2.8 (1.4)       
 Mansoura, Egypt  0.23  0.11–0.41  Urban area Mortada et al. 2002
 Anwiaso, Ghana  1.61  0.15–5.86  Children in gold-mining area Adimado and Baah 

2002

(continued)
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 Location  Mean  Range  Remarks References

 Sahuma, Ghana  0.62  0.32–2.19  Children in gold-mining 
area 

 Tanoso, Ghana  4.27  0.06–28.3  Children in gold-mining 
area 

 Elubo, Ghana  1.21  0.07–3.19  Children in gold-mining 
area 

 Camito, Colombia  4.91     Fisherman Olivero et al. 2002
 Sai Cinza, Brazil  16.00  4.50–90.4  Gold-mining area Santos et al. 2002b
 Santana do Ituqyi, Brazil  4.33  0.40–11.60    
 Aldeia do Lago Grande, 

Brazil 
 3.98  0.40–11.76    

 Tabatinga, Brazil  5.37  0.37–16.96    
 Caxiuana, Brazil  8.58  0.61–45.59    
 Madeira Island  4.09  0.38–25.95  7-yr-old children Murata et al. 2002
 Germany  0.23  0.06–1.7  8–10-yr-old children Pesch et al. 2002
 Minamata, Japan  1.76  0.09–10.56    Yasutake et al. 2003
 Kumamoto, Japan  1.57  0.14–19.18    
 Tottori, Japan  2.04  0.00–12.52    
 Wakayama, Japan  2.04  0.00–20.66    
 Chiba, Japan  3.37  0.14–26.76    
 Japan  1.64  0.45–6.32  7-yr-old children Murata et al. 2004
 Japan  2.42     Male Yasutake et al. 2004
    1.37     Female 
 USA  0.22  0.18–0.25  1–5-yr-old children McDowell et al. 

2004
    0.47  0.35–0.58  16–49-yr-old women 
 Cambodia  3.10  0.54–190    Agusa et al. 2005
 Kayabi, eastern Amazonia, 

Brazil 
 16.55     Children fish consumers 

in gold-mining area Dorea et al. 2005
 Cururu, eastern 

Amazonia, Brazil 
 4.76     Children fish consumers 

in gold-mining area 
 Kaburua, eastern 

Amazonia, Brazil 
 2.87     Children fish consumers 

in gold-mining area 
 Spain  0.94  0.19–5.63  4-yr-old children Montuori et al. 2006
 Menorca, Spain  0.72  0.23–3.83  4–yr-old children, diffuse 

source 
 Flix, Spain  1.26  0.19–5.63  4-yr-old children, 

chlor-alkali source 
 Mediterranean coast, 

Morocco 
 1.79  0.22–9.56  Frequent fish consumers Elhamri et al. 2007

 Zhoushan City, China  1.25  0.93–1.69  Maternal urban Gao et al. 2007
 Naples, Italy  0.64  0.22–3.40  Urban area Díez et al. 2008a
Madrid and Sabadell, Spain 1.68 0.13–8.43 Neonates Díez et al. 2008b

   Table 1  (continued)  

gastrointestinal tract, although the exact site of absorption is unknown. After 
consumption, MeHg is accumulated in liver and kidney, but is distributed to all 
tissues, a process that takes some 30–40 hr. Approximately 5% of MeHg is found 
in the blood and 10% in brain; in the blood, most mercury is bound to the hemo-
globin in red cells, with a concentration of about 20 times the plasma concentra-
tion. The concentration in brain is about 5 times, and in scalp hair about 250 
times the corresponding concentration in blood. Hair levels closely follow blood 
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levels. MeHg crosses the blood brain and placental barriers. Moreover, levels in 
cord blood are proportional to, but slightly higher than, levels in maternal blood. 
Levels in the fetal brain are about five to seven times higher than levels in mater-
nal blood (Cernichiari et al.  1995a) . 

 MeHg is slowly metabolized to inorganic mercury by microflora in the intes-
tines; the biochemical mechanisms that accomplish this are not known. Although 
MeHg is the predominant form of mercury at the time of exposure, inorganic mer-
cury slowly accumulates in the body and resides for long periods in the central 
nervous system. Inorganic mercury is believed to be in an inert form, perhaps exist-
ing as insoluble mercury selenide (Clarkson et al.  2003) . 

 The half-life of MeHg in the body is about 50 d, with a range of 20–70 d; the 
half-life in hair averages about 65 d, with a range of about 35–100 d (Clarkson 
 1993) , indicating that MeHg leaves the body slowly. Urinary excretion is negligi-
ble: 10% or less of total elimination from the body. Most MeHg is eliminated from 
the body by demethylation, and excretion of the inorganic form in feces. Biliary 
excretion and demethylation by microflora do not occur in suckling animals. The 
failure of neonates to excrete MeHg may be associated with the inability of  suckling 
infants to perform these two metabolic processes (Ballatori and Clarkson  1982 ; 
Rowland et al.  1977) . 

 The high mobility of MeHg in the body does not result from lipid solubility, as 
claimed in some textbooks; rather, it results from the formation of small molecular 
weight thiol complexes that are readily transported across cell membranes. MeHg 
is present in the body as water-soluble complexes, mainly, if not exclusively, 
attached to the sulfur atom of thiol ligands. It enters the endothelial cells of the 
blood–brain barrier as a complex with L-cysteine. The attachment of MeHg to the 
thiol ligand in the amino acid cysteine results in a complex, the structure of which 
mimics that of the large neutral amino acid, L-methionine. The process is so spe-
cific, that the complex with the optical isomer D-cysteine is not transported. Thus, 
MeHg transport into tissues appears to be mediated by the formation of a MeHg-
cysteine complex. This L-complex is structurally similar to methionine, and is 
transported into cells via a widely distributed neutral amino acid carrier protein 
(Kajiwara et al.  1996,   1997 ; Kerper et al.  1992) . Although MeHg is distributed 
throughout the organs of the body, it has its most devastating effect on the develop-
ing brain.  

  3.4 Toxicity and Effects on Humans 

 Once MeHg is dispersed throughout the body by blood flow, and enters the brain, 
it may cause structural damage. The critical target for MeHg toxicity is the cen-
tral nervous system. Physical lesions may be manifested as tingling and numb-
ness in fingers and toes, loss of coordination, difficulty in walking, generalized 
weakness, impairment of hearing and vision, tremors, and finally loss of con-
sciousness  leading to death. The developing fetus may be at particular risk from 
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MeHg  exposure. Infants, born to mothers exposed to MeHg during pregnancy, have 
exhibited a variety of developmental neurological abnormalities, including the fol-
lowing: delayed onset of walking and talking, cerebral palsy, altered muscle tone 
and deep tendon reflexes, and reduced neurological test scores. Maternal toxicity 
may or may not have been present during pregnancy for those offspring to exhibit 
adverse effects. The critical effects observed following MeHg exposure to the gen-
eral population are multiple central nervous system effects including ataxia and 
paresthesia.  

  3.5 Risk Evaluations 

 The general population is primarily exposed to MeHg through the diet, especially 
fish and other seafood. Authorities in several countries and international organi-
zations have used risk evaluation tools to establish prospective safe levels (RfD: 
Reference Dose; PTWI: Provisional Tolerable Weekly Intake), limits, advisories 
or guidelines for consumption of fish or other foods contaminated by mercury 
 compounds. The RfD is defined by the United States Environmental Protection 
Agency (US EPA) as an estimate (with an uncertainty of approximately tenfold) 
of the daily exposure to humans (including sensitive subgroups) that is likely to 
be without an appreciable risk of deleterious effects during an entire lifetime. In 
contrast, the PTWI represents the maximum acceptable level of a contaminant in 
the diet; the goal should be to limit exposure to the extent feasible, consistent 
with the PTWI. 

 Some studies have demonstrated the neurological injuries caused by low-level 
MeHg exposure (Mendola et al.  2002 ; Grandjean et al.  2004) . Recent prospective 
epidemiologic studies from the Faroe Islands, the Seychelles Islands and New 
Zealand have reported on the developmental effects of low-level maternal and fetal 
MeHg exposure in fish-consuming populations (Cernichiari et al.  1995b ; Grandjean 
et al.  1997 ; Crump et al.  1998) . 

 The US EPA relied on the Faroe Islands study (USEPA  1997)  to establish a 
benchmark dose that was converted into a maternal intake of 1.1 µg Hg/kg body 
weight (bw) per d. After applying a safety factor of 10, an RfD of 0.1 µg/kg bw/d 
was recommended. The reference dose will be exceeded if a substantial amount of 
mercury contaminated fish is ingested. For example, if the weekly intake of fish 
(having residues >0.4 mg/kg) is about 100 g (one typical fish meal per week), the 
RfD will be exceeded. Therefore, fish mercury levels should be kept below this 
limit. 

 The 67th meeting of the Joint FAO/ WHO Expert Committee on Food Additives 
(JECFA) was held in 2006 to evaluate certain food additives and contaminants. 
During this meeting a PTWI of 1.6 µg MeHg/kg bw/week (equal to 0.23 µg MeHg/
kg bw/d) for the general population (JECFA  2006)  was confirmed. The JECFA 
established this PTWI using the most sensitive toxicological end-point, i.e., devel-
opmental neurotoxicity, in the most susceptible species (humans). However, the 
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JECFA noted that life-stages other than the embryo and fetus may be   less sensitive 
to the adverse effects of MeHg. 

 The risks from mercury in fish and shellfish depend on the amount of fish and 
shellfish eaten and the levels of mercury they contain. Therefore, the US Food and 
Drug Administration (FDA) and the EPA are advising women who may become 
pregnant, pregnant women, nursing mothers, and young children to avoid some 
types of fish and eat fish and shellfish that are lower in mercury. Both recommend 
that these sensitive individuals avoid eating shark, swordfish, king mackerel, or 
tilefish, because they contain high levels of mercury; in addition, these sensitive 
groups should not eat more than 12 ounces (two average meals) a week of a variety 
of fish and shellfish that have lower mercury levels. 

 Shrimp, canned light tuna (not albacore tuna), salmon, pollock, and catfish are 
all regarded to have rather low concentrations of Hg. If advice for local consump-
tion of contaminated fish is unavailable, it was recommended that people eat no 
more than two fish meals per week. Following a request from the European 
Commission, the European Food Safety Authority’s (EFSA) Scientific Panel on 
Contaminants in the Food Chain (CONTAM) evaluated the possible risks to human 
health from consumption of foods contaminated with mercury, in particular MeHg; 
CONTAM used intake estimates for Europe. The Panel also considered the PTWI 
recently established by JECFA and the intake limits established by the U.S. 
National Research Council (US-NRC).  

  3.6 Risks and Benefits of Fish Consumption 

 It is well known that most human exposure to MeHg is through consumption of fish 
and shellfish. The levels of MeHg that reach human hair is dependent on the both 
the amount and the species of fish or other seafood consumed  and the degree of 
their Hg contamination (Díez and Bayona  2002 ; Díez et al. 2007; Díez et al.  2008a, 
2008b ; Montuori et al.  2004,   2006) . Several papers have recently dealt with the 
relative benefits and risks of fish consumption  (Bouzan et al.  2005 ; Cohen et al. 
 2005a,   b,   c ; Konig et al.  2005 ; McMichael and Butler  2005 ; Teutsch and Cohen 
 2005 ; Willett  2005) . These articles address the quantity of fish people can consume 
relative to their corresponding risks and benefits. During late gestation, the devel-
oping brain is most vulnerable to neurochemical disruption from Hg exposure. 
Fetuses are known to face high-risks from MeHg exposure (Choi  1989 ; IPCS  1990)  
because of the susceptibility of the developing brain (IPCS  1990 ; Sakamoto et al. 
 2002) ; higher amounts of MeHg accumulate in cord blood than in maternal blood 
(Stern and Smith  2003 ; Vahter et al.  2000) . Therefore, efforts must be made to 
protect fetuses from risks associated with MeHg exposure, particularly in popula-
tions such as the Japanese and other Asians, who consume large amounts of fish 
and other seafood (Agusa et al.  2005 ; Feng et al.  1998 ; Yasutake et al.  2004) . Other 
populations that may face higher risks because they consume higher amounts of 
seafood are people in the Arctic region (Muckle et al.  2001 ;Van Oostdam et al. 
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 1999) , and others that dwell along rivers, lakes and coasts (Campbell et al.  2003 ; 
Dellinger  2004 ; Myers et al.  1997)  such as Brazilians in the Tapajos River basin in 
the Amazon (Akagi et al.  1995 ; Lebel et al.  1997 ; Malm et al.  1995) . 

 Fish constitute an important source of energy, protein and other nutrients (Clarkson 
and Strain  2003)  and are low in saturated fats; they also contain essential nutrients 
such as heart healthy omega-3 fatty acids. Indeed, human intake of the n-3, longer 
chain polyunsaturated fatty acids (PUFAs), such as eicosapentaenoic acid and 
docosahexaenoic acid (DHA), is also known to occur mainly from fish consumption. 
Both of these fatty acids are very beneficial for human health (Skerrett and Hennekens 
 2003) , particularly DHA, which is known to be important for normal brain function 
and development (Makrides et al.  1995 ; Yavin et al.  2001) . A recent study of over 
7,000 children revealed that when fish is not contaminated, moderate fish intake by 
the mother during pregnancy, and by the infant postnatally, may benefit brain devel-
opment (Daniels et al.  2004) . One study of neurodevelopment in infants suggested 
that maternal mercury exposure, and fish intake, had opposing effects on visually-
mediated neurobehavioral tests (Oken et al.  2005) . In a small Faroese birth cohort 
(Steuerwald et al.  2000) , it was found that prenatal MeHg exposure adversely affected 
neonatal neurologic function, and, selenium and n-3 fatty acid status did not affect 
this outcome. Recently, Sakamoto et al.  (2004)  have reported a significant positive 
correlation between MeHg and DHA concentrations in fetal circulation. These last 
results confirm that both MeHg and DHA, which originated from fish consumption, 
transferred from maternal to fetal circulation to impart its positive effects on the fetus. 
This finding confirms that a decrease in fish consumption may cause decreases in 
MeHg and DHA levels. Pregnant women, in particular, should not give up eating fish 
at the risk of loosing such benefits. However, they would do well to consume smaller 
fish, which contain lower MeHg levels, thereby balancing the risks and benefits from 
fish consumption. 

 Fortunately, fish with a high content of beneficial fatty acids do not necessarily 
contain high mercury levels, and a prudent choice may therefore be possible (Budtz-
Jørgensen et al.  2007) . Nevertheless, an increase of omega-3 fatty acids in the diet has 
been promoted by the American Heart Association (AHA); AHA encourages con-
sumption of omega-3 fatty acids from a variety of sources such as fatty fish (salmon) 
or plant sources. The AHA recommends a minimum of two servings of fatty fish per 
week to confer cardio protective effects (Krauss et al.  2001) . Table  2  presents average 
Hg concentrations found in fish species popular with American consumers. As previ-
ously described, the health benefits of eating fish high in omega fatty acids are impor-
tant for cardiovascular health and fetal development, in particular.  Table 2  also 
provides the relative fatty acid content of fish popular with consumers.         

  3.7 Biomarkers and Exposure Evaluation 

 To determine the effect of MeHg on humans, it is preferred to use a biological 
indicator in the body that reflects the MeHg concentration in the major target 
organ, the brain (Cernichiari et al.  1995a) . Blood and hair Hg concentrations are 
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used as valid biomarkers for MeHg in both the adult and fetal brain (in the latter 
case, cord blood or maternal hair), although each provides a somewhat different 
reflection of exposure (NRC  2000) . Blood gives an estimate of exposure over the 
most recent 100–140 d, whereas, hair reflects the average exposure over the 
growth period of the segment. Whether hair or blood is a better indicator of fetal 
brain exposure has been debated for several yr. Some researchers argue that 
MeHg residues in cord blood is in closer contact with the fetal brain than is mer-
cury in maternal hair; they also argue that hair is potentially subject to external 
contamination (Budtz-Jorgensen et al.  2004) . Moreover, various types of hair 
treatments may reduce mercury levels in hair (Dakeishi et al.  2005) . In contrast, 
proponents for using maternal hair argue that cord blood levels are only relevant 
at the time of delivery, whereas, hair recapitulates mercury levels throughout 
pregnancy. Moreover, because at least 80% of the MeHg blood is associated with 
the RBC (red blood cells), cord blood levels will be influenced by the hematocrit. 
Depending on the method used to collect cord blood, the hematocrit may vary 
widely (Clarkson and Magos  2006) . With respect to hair treatment, a recent 

   Table 2  Relative fatty acid content and Hg concentration in popular fish  

 Species  Average Hg wt/wt (mg/kg)  Relative fatty acid content 

  Catfish   0.05  Low (channel) moderate 
(brown bullhead) 

 Clams  <0.01 *   Low 
 Cod  0.095  Low 
 Crab (blue, king, snow)  0.06  Moderate 
 Flatfish (flounder, sole, plaice)  0.045  Low 
 Halibut  0.252  Moderate 
 Mackerel king  0.730  High 
 Pollock  0.041  Moderate 
 Salmon  0.014 *   High 
 Scallop  0.05  Low 
 Shark  0.988  Low 
 Shrimp  <0.01 *   Moderate 
 Swordfish  0.976  Low 
  Trout   0.072  Moderate (Rainbow) High 

(Lake) 
 Tuna, (canned, light)  0.118  Moderate 
 Tuna (canned, albacore)  0.353  High 
 Tuna (fresh/frozen, albacore)  0.357  Moderate 
 Tuna (fresh/frozen, bigeye)  0.639  Moderate 
 Tuna (fresh/frozen, skipjack)  0.205  Moderate 
 Tuna (fresh/frozen, yellowfin)  0.325  Moderate 

 Italics indicate freshwater fish. All other fish are marine species.  
Mercury was measured as total mercury (THg ), except for species (*), when only MeHg was 
analyzed  
Source of data: FDA  1990–  2004 , “National Marine Fisheries Service Survey of Trace Elements in 
the Fishery Resource” Report 1978, “The Occurrence of Mercury in the Fishery Resources of the 
Gulf of Mexico” Report 2000.   http://www.cfsan.fda.gov/~    frf/sea-mehg.html 
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comprehensive study of mercury levels in human hair found no effects on hair 
mercury levels (McDowell et al.  2004) . The mercury concentration in hair reflects 
the MeHg concentration in the blood during hair formation, and is frequently used 
as biomarker for evaluating MeHg exposure. 

 The mechanisms of MeHg transport have implications for the choice of indicator 
media. Because MeHg is highly mobile, and with continued exposures soon attains 
a steady state distribution in the body, levels of mercury in virtually any tissue or 
biological fluid may yield results useful in determining MeHg exposure. Biomarkers 
commonly used to assess MeHg exposure to the fetal brain include cord blood, 
placental tissue, and maternal blood and scalp hair. 

 Because of its proximity to the fetal brain, cord blood is generally the biomar-
ker of first choice, however, based on what is known about the mechanisms of 
transport and disposition of MeHg, maternal scalp hair offers the best functional 
index of fetal brain levels. As mentioned, the MeHg-cysteine complex is respon-
sible for MeHg transport into cells via the large neutral amino acid carrier. 
However, during its formation, the hair follicle has a high demand for amino 
acids as substrates for proteins, especially keratin. The large neutral amino-acid 
carriers will be highly active, not only in transporting its normal substrates, but 
also in transporting the MeHg–cysteine complex. Once transported into the hair 
follicular cells, keratin proteins synthesized in these cells have a high cysteine 
content that provides ample binding and stable storage for the transported MeHg. 
In fact, MeHg is incorporated into hair follicles in proportion to its content in 
blood. The hair-to-plasma ratio is about 2,500:1, whereas, the hair-to-blood ratio 
in humans is estimated to be ~250:1 expressed as mg/g hair to mg Hg/L blood 
(IPCS  1990) . Once incorporated into hair, the mercury is stable, and can provide 
a history of exposure (Phelps  et al.  1980 ; IPCS  1990) . Hair grows at an approxi-
mate rate of about 1 cm/mon, and studies can be performed to determine past 
exposures if the length of the hair permits it. Because the half-life of MeHg in the 
body is about 1.5–2 mon (Smith and Farris  1996) , the hair nearest the scalp best 
reflects current exposures and recent blood concentrations. A population that 
regularly and frequently consumes fish will show a clear correlation between 
total mercury (THg) content of hair and blood MeHg levels. Furthermore, MeHg 
levels in hair and THg  are linearly related, with MeHg accounting for the 70–80% 
of hair THg (Cernichiari et al.  1995a ; Dolbec et al.  2001) . Finally, if the mecha-
nisms of transport strongly suggest that the hair follicle accumulates the same 
transportable species of mercury as that which enters the brain, the levels of mer-
cury in maternal hair, in a population of fish consumers, correlate highly with 
levels in the brain of newborn infants (Cernichiari et al.  1995a) . The convenience 
of sampling and storing scalp hair is advantageous for monitoring and field stud-
ies and it has been extensively demonstrated that the THg concentration in hair 
reflects the average MeHg concentrations circulating in blood. 

 The growth rate of hair, generally estimated at 1 cm/mon, can have both inter-
and intra-individual variability. Recent advances in analysis of a single hair strands 
(Duford et al.  2007 ; Legrand et al.  2004,   2007 ; Toribara  2001)  should yield more 
information on the relationship between Hg uptake and Hg deposition in hair.   
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  4 Summary  

 Mercury (Hg), and the organometallic compounds formed from it, are among the 
most toxic of substances to the global environment. Mercury is environmentally 
ubiquitous, and both wildlife and humans are exposed to the toxic effects of its 
environmental residues, primarily elemental mercury (Hg 0 ), divalent mercury 
(Hg 2+ ) and methylmercury (MeHg). Humans are exposed to different forms of Hg, 
and potential health risks have been reported from such exposures; examples of Hg 
exposure include mercury vapor from dental amalgams, occupational exposures 
and exposures during artisan and small-scale gold mining operations. Despite the 
significance of these foregoing Hg exposures, of particular concern is human and 
wildlife exposure to MeHg, a potent neurotoxicant. Once incorporated into the 
body, MeHg easily penetrates the blood-brain barrier and causes damage to the 
central nervous system, particularly in fetuses. It bioaccumulates and biomagnifies 
in the aquatic food chain; consequently, fish and seafood consumption is the major 
pathway by which humans are exposed to MeHg. 

 MeHg is the focus of this review. It adversely affects humans and is currently 
the subject of intense public health interest and worldwide concern. In this review, 
I summarize the sources and cycling of global mercury in the environment, path-
ways of exposure, toxicity and exposure evaluation, toxicokinetics, the common 
biomarkers to evaluate exposure and effects in populations, and finally review the 
nutritional risks and benefits from fish consumption.     
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  1 Introduction  

 The Environmental Protection Agency (EPA) is required, under provisions of the 
Safe Drinking Water Act (amended in 1996), to publish a list of unregulated con-
taminants, known or expected to occur in public water systems, that may pose a risk 
in drinking water (National Research Council  1999) . In 1998, the first of these lists 
was produced, and is referred to as the Drinking Water Contaminant Candidate 
List, or CCL. This Drinking Water CCL included ten microbial contaminants, 
including the adenoviruses. The objective of this document is to present a review of 
the literature, in which we assess the health risks and economic burden associated 
with adenoviruses in drinking water. 

  1.1 Taxonomy of Human Adenoviruses 

 Rowe et al.  (1953)  first recognized adenoviruses as they searched for the cause of 
the common cold. The viruses were discovered in degenerating primary tissue cul-
ture cells originating from human adenoids and tonsils. One yr later, Hilleman and 
Werner  (1954)  identified similar viral agents in secretions from army recruits with 
acute respiratory illnesses. As the viruses were isolated, they were named according 
to their disease presentation. These included adenoid degeneration, adenoid-pha-
ryngeal conjunctival and acute respiratory disease (ARD) viruses (Horwitz  2001) . 
In 1956, these agents were recognized as being related entities and the name adeno-
virus was adopted, denoting the tissue in which these viruses were first discovered 
(Enders et al.  1956) . 

 Human adenoviruses belong to the family  Adenoviridae . The family clas-
sification is subdivided into the  Mastadenovirus  and  Aviadenovirus  genera 
(van Regenmortel et al.  2000) . The  Mastadenovirus  genus includes all of the 
species infecting humans as well as the simian, murine, bovine, equine, por-
cine, ovine and canine species, and those infecting opossums. The  Aviadenovirus  
genus only includes viruses that infect avian species. In general, the natural 
host ranges of adenoviruses are confined to one species or closely related spe-
cies. For example, human adenoviruses fail to productively infect cells of 
monkey origin unless a co-infection with SV40 (papovavirus) is present 
(Fenger  1991) . 

 Currently, there are 51 identifiable human adenovirus serotypes (Ad1–Ad51). 
These are divided into six subgenera (A–F) and four hemagglutination groups 
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(I–IV). Each serotype is distinguished by its resistance to neutralization by antisera 
to other known adenovirus serotypes (Shenk  2001) . Serotypes, designated on their 
oncogenicity and hemagglutination groups, are based on their ability to agglutinate 
rhesus monkey and rat erythrocytes (Foy  1997) . Table 1 outlines the current clas-
sification scheme for human adenovirus serotypes.   

  1.2 Structure and Physical/Chemical Properties 

 Adenoviruses have a non-enveloped, icosahedral virion that consists of a core containing 
linear double-stranded DNA (26–45 kbp) enclosed by a capsid (Enriquez  2002) . The 
capsid is composed of 252 capsomers, 240 of which are hexons and 12 of which are 
pentons. Each penton projects a single fiber that varies in length for each serotype, an 
exception being the enteric adenoviruse (EAd) pentons (serotypes 40 and 41) that 
project two fibers (Shenk  2001) . Adenoviruses are ~70–100 nm in diameter. 

 As a result of their physical, chemical and structural properties, adenoviruses may 
survive extended periods of time outside host cells. They are stable in the presence of 
many physical and chemical agents, as well as adverse pH conditions. For example, 
adenoviruses are resistant to lipid solvents because they lack lipids within their struc-
ture (Liu  1991) . Infectivity is optimal between pH 6.5 and 7.4; however, the viruses 
can withstand pH ranges between 5.0 and 9.0. In addition, adenoviruses are heat-
resistant (particularly Ad4) and may remain infectious after freezing (Foy  1997) .   

  2  Human Diseases Associated with Adenoviruses  

 Adenovirus-associated illnesses may have been documented as early as 1926 
(Enriquez  2002) . Routes of infection include the mouth, nasopharynx, and the ocular 
conjunctiva. Less frequently, the virus may become systemic and affect the bladder, 

  Table 1    Human adenovirus serotype classification a     

 Subgroup  Serotype  Hemagglutination group 

 A  12, 18, 31  IV (Little or no agglutination) 
 B  3, 7, 11, 14, 16, 21, 34, 35, 50  I (Complete agglutination of Rhesus mon-

key erythrocytes) 
 C  1, 2, 5, 6  III (Partial agglutination of rat erythrocytes) 
 D  8–10, 13, 15, 17, 19, 20, 22–30, 

32, 33, 36–39, 42–49, 51 
 II (Complete agglutination of rat erythro-

cytes) 
 E  4  III 
 F  40 and 41  III 

   aAdapted from Shenk  (2001) , van Regenmortel et al.  (2000)   
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liver, pancreas, myocardium or central nervous system (Horwitz  2001) . Of the 51 
known human serotypes, only a third are associated with human disease (Table 2). 
Other infections remain asymptomatic.  

 Adenoviruses are associated with a variety of clinical illnesses involving almost every 
human organ system. Illnesses induced by adenoviruses include upper (pharyngitis 
and tonsillitis) and lower (bronchitis, bronchiolitis and pneumonia) respiratory 
illnesses, conjunctivitis, cystitis and gastroenteritis. Several studies have reported 
that the EAds are second only to rotaviruses as the causative agents of acute 
gastroenteritis in infants and young children (Bates et al.  1993 ; Scott-Taylor and 
Hammond  1995 ; Shinozaki et al.  1991 ; Uhnoo et al.  1984 ; Wadell  1994) . Fig. 1 
illustrates human health outcomes associated with adenovirus infections.  

 Most illnesses caused by adenoviruses are acute and self-limiting. Although the 
symptomatic phase may be short, all adenoviruses can remain in the gastrointestinal 
tract and continue to be excreted for an extended period of time. Species within 
subgenera C may continue to be excreted for mon or even yr after disease symp-
toms have resolved. Adenoviruses can remain latent in the body (in tonsils, lym-
phocytes and adenoidal tissues) for yr and be reactivated under certain conditions, 
such as when there is a change in immune status. The long-term effect of such 
latent infections is unknown (Foy  1997) . 

 Adenovirus infections may be accompanied by diarrhea, though the virus may 
be excreted even if diarrhea is not present (Wadell  1994) . A large proportion of 
infections caused by subgenera A and D tend to be asymptomatic, whereas the 
species within subgenera B and E tend to result in a higher rate of symptomatic 
respiratory illnesses. Immunity is species-specific. The presence of pre-existing 
antibodies resulting from a previous infection is usually protective and, in such 
cases, symptomatic infection is rare (Foy  1997) . Several seroepidemiology stud-
ies have been conducted to determine the prevalence of different serotypes of 
adenovirus. It has been estimated that, in the United States (US), 40–60% of 
children have antibodies to Ad1, Ad2 and Ad5 (Brandt et al .  1969) . Within this 

  Table 2    Common illnesses associated with human adenoviruses a     

 Disease  Individuals at risk  Principal serotypes 

 Acute febrile pharyngitis  Infants, young children  1–3, 5–7 
 Pharyngoconjunctival fever  School-aged children  3, 7, 14 
 Acute respiratory disease  Military recruits  3, 4, 7, 14, 16, 21 
 Pneumonia  Infants, young children 

Military recruits 
 1–3, 4, 6, 7, 14, 16 

 Epidemic keratoconjunctivitis  Any  8–11,13, 15, 17, 19, 20, 
22–29, 37 

 Follicular conjunctivitis  Infants, young children  3, 7 
 Gastroenteritis/Diarrhea  Infants, young children  18, 31, 40, 41 
 Urinary tract Colon Hepatitis  Bone marrow, liver or kidney

transplant recipients, AIDS 
victims or immunosuppressed 

 34, 35 42–49 1, 2, 5 

 

    AIDS  acquired immune deficiency syndrome   
aAdapted from Enriquez  (2002) , Horwitz  (2001)   
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population, there is a low incidence of antibodies to Ad3, Ad4 and Ad7, resulting 
in adults that are more susceptible to these serotypes (Singh-Naz and Rodriguez 
 1996) . More infections with Ad3, Ad4 and Ad7 occur in adults than with Ad1, 
Ad2 and Ad5. This implies that there is long-lasting immunity to Ad1, Ad2 and 
Ad5. In studies of children, Ad1, Ad2, Ad5 and Ad6 (subgenera C) appear to be 
endemic, whereas other species (especially Ad3 and Ad7) tend to be epidemic or 
sporadic in nature. 

 It is difficult to confidently link adenoviruses to specific illnesses because 
asymptomatic, healthy people can shed viruses (Foy  1997) . Occurrence studies 
comparing infection in healthy and ill people have found between 0% and 20% of 
asymptomatic people can shed adenovirus. The two primary viral surveillance studies 
to date were conducted in New York and Seattle, and provided information on the 

  Fig. 1    Human health outcomes associated with adenovirus infections       
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epidemiology of adenoviruses in these and similar communities (Cooney et al. 
 1972 ; Fox et al.  1969,   1977) . In both cities, the respective study population was 
comprised of families with children. Respiratory and fecal specimens were examined 
and adenoviruses (Ad1, Ad2, Ad3, Ad5 and Ad7) were recovered more frequently 
than the other viruses studied (enteroviruses, rhinovirus and herpes virus). 
Adenoviruses were more commonly isolated from feces than respiratory secretions. 
In the Seattle study, an overall morbidity ratio of 0.49 was observed (Fox et al.  1977) . 
The investigators also concluded that adenoviruses caused 5% of all infectious 
illnesses in infants and 3% in children aged 2– 4 yr. 

 Certain species of adenoviruses are oncogenic (from subgenera A and B), yet 
only when a human virus is introduced into an animal model (Foy  1997) . 
Investigations into possible human cancer effects, through searches for tumor 
antigens and DNA sequences, have been negative (Mackey et al.  1979 ; Wold et al. 
 1979) , though this research is outdated. Durepaire et al.  (1995)  suggest that these 
species may, at least theoretically, be associated with the development of tumors in 
patients with acquired immune deficiency syndrome (AIDS). 

  2.1 Gastroenteritis 

 The incidence of adenovirus induced-gastroenteritis in the world has ranged from 
1.55 to 12%. EAds are second only to rotaviruses as leading causes of childhood 
gastroenteritis (Shinozaki et al .  1991 ; Wadell  1994) . Diarrhea is usually associated 
with fever and can last for up to 2 week. Although diarrhea can occur during infection 
by any type of adenovirus, Ad40 and Ad41 of subgenus F specifically cause gastro-
enteritis and diarrhea. Ad31 is also suspected of causing infantile gastroenteritis 
(Adrian et al.  1987)  and, after detailed amino-acid sequence characterization, has 
been determined to be closely related to Ad40 and Ad41 (Pring-Åkerblom and 
Adrian  1995) . Ad31 has been more closely associated with diarrhea than any of the 
other non-enteric adenoviruses (Foy  1997 ; LeBaron et al.  1990 ; Turner et al.  1987) . 
A Canadian study of stool samples from ill children, conducted between 1983 and 
1986, found 18% of adenovirus infections were caused by Ad31, 16.9% by Ad40 and 
38% by Ad41 (Brown  1990) . Similarly, a retrospective study in Toronto found that 
Ad31 represented 17% of 105 identified adenovirus cases (Krajden et al.  1990) . The 
clinical syndrome caused by Ad31 is indistinguishable from that of the EAds. 

 Respiratory symptoms can sometimes occur with Ad40 and Ad41, but not often 
(Wadell  1994) . Some estimate that Ad40/41 contributes from 5% to 20% of hospitali-
zations for diarrhea in developed countries (LeBaron et al .  1990) . Children, younger 
than a few yr, are the most vulnerable to infection (LeBaron et al.  1990 ; Lew et al. 
 1991) . Some reports have shown the highest occurrence of infection in children exists 
for those less than 6 mon old (Bates et al.  1993 ; de Jong et al.  1993) . 

 A prospective study of children enrolled in d-care centers in Texas generated data 
elucidating the role of EAds in group settings (Van et al.  1992) . Children beginning 
at 6–24 mon old were monitored over a 5-yr period. Ten outbreaks, affecting 249 
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children, were associated with EAds. The infection rate during these ten outbreaks 
ranged from 20% to 60% (mean of 38%); however, 46% of the infected children 
remained asymptomatic. In another d-care study, 565 samples were taken from chil-
dren with diarrhea and 129 samples from healthy children, primarily under the age of 
35 mon (Lew et al.  1991) . Of these samples, adenoviruses (any serotype) were identi-
fied in 8% of both well and ill children; EAds were identified in 2% of both groups. 
This indicated that ~50% of the infected children developed illness.  

  2.2 Respiratory Infections 

 Adenoviruses, particularly Ad1 through Ad6, have been shown to contribute to the 
etiology of acute respiratory diseases throughout the world, especially in children 
(Mizuta et al.  1994 ; Murtagh et al.  1993 ; Ray et al.  1993 ; Schmitz et al.  1983) . Over 
5% of respiratory illnesses in children younger than 5 yr of age are a result of 
adenovirus infections, and serologic surveys estimate that 10% of all respiratory 
diseases in children are caused by adenoviruses (Brandt et al.  1969) . Symptoms 
such as fever, chills, headache, malaise and myalgia are commonly observed. 
Adenovirus transmission is initially through the nasopharynx. Adenoviruses can be 
recovered from the throat or stool of an infected child for up to 3 week (Horwitz 
 2001) , and secondary transmission in households can be as high as 50% as a result 
of fecal-oral transmission from children shedding virus in the feces. As mentioned 
previously, respiratory symptoms can also occur with Ad40 and Ad41 infection, 
although this is not common (Wadell  1994) . In addition, adenovirus respiratory 
infections are well documented in adults. 

 Ad1 through Ad7 are associated with upper respiratory illnesses such as pharyngitis, 
tonsillitis, and the “common cold.” Lower respiratory illnesses from adenoviruses 
include bronchitis, bronchiolitis and pneumonia, with the latter sometimes resulting 
in severe (sometimes fatal) illness in infants and children (Abzug and Levin  1991) . 
In a recent epidemiological study of pneumonia in hospitalized adults, 4% of 51 
cases were caused by adenoviruses (Freymuth et al.  2004) . 

 In children, adenovirus infections usually result in pharyngitis or tracheitis, but 
Ad7 has been reported to cause pneumonia and fulminant bronchiolitis (Baum 
 2000) . Ad7 has also been implicated in severe infections resulting in mortality 
(Murtagh et al.  1993) . In one study, 10 of 29 cases in children less than 5 yr of age 
infected with Ad7, died from subsequent pneumonia and necrotizing bronchiolitis 
(Murtagh et al.  1993) .  

  2.3 Acute Respiratory Disease of Military Recruits 

 ARD is a respiratory infection characterized by nasal congestion, coryza (nasal 
discharge), and a cough found simultaneously with fever, chills, malaise, myalgia 
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and a headache (Horwitz  2001) . The disease may progress and become fatal due to 
pneumonitis. It can be transmitted from person-to-person, usually under conditions 
of fatigue and crowding, and was thus initially recognized in military recruits. 
Because of the disruption caused by this disease, a commission was organized to 
define this illness during World War II (Foy  1997) . Through epidemiologic and 
human volunteer investigations, the disease was termed “ARD” for acute respira-
tory disease and was distinguished from other respiratory tract diseases as being 
caused by a filterable agent and as having an incubation period of 5–6 d (Dingle 
and Langmuir  1968) . 

 Vaccines against Ad4 and Ad7 became available in 1971 and drastically reduced 
ARD in military institutions. In 1996, the manufacturer of these vaccines ceased 
production, resulting in an ARD epidemic, caused by Ad4, in more than 1,000 mili-
tary trainees (McNeill et al.  1999) . Deaths from adenovirus pneumonia in the military 
are rare, but do occur (Centers for Disease Control and Prevention, CDC  2001) . 
Studies have shown that other risk settings include college dorms (CDC  1998) , chil-
dren’s institutions, and d-care facilities.  

  2.4 Adenoviral Pneumonias 

 Although ARD has the potential to progress to pneumonitis, the incidence is rare. 
Ad3 and Ad7 have been responsible for outbreaks of severe or fatal pneumonia in 
infants and young children, as well as in military recruits (Dudding et al.  1972 ; 
Farng et al.  2002) . Symptoms of adenoviral pneumonia include fever, cough, 
dyspnea and wheezing (Liu  1991) .  

  2.5 Pharyngoconjunctival Fever 

 Pharyngoconjunctival fever (PCF) refers to a syndrome of pharyngitis, conjunctivitis, 
and spiking fever (Foy  1997) . Symptoms of this syndrome include unilateral or 
bilateral conjunctivitis, mild throat tenderness, and fevers up to 104°F. The illness 
usually lasts from 5 to 7 d, but does not produce permanent eye damage (Liu  1991) . 
Some cases may progress and result in pneumonia. The most commonly isolated 
adenovirus serotype is Ad3, although Ad7 and Ad14 have also been isolated 
(Horwitz  2001) . The disease is best known for its association with summer camps, 
pools, and small lakes (D’Angelo et al.  1979 ; Harley et al.  2001) . Transmission of 
the agent appears to require direct contact with the water, which contact allows the 
virus access to the eyes or upper respiratory tract. Secondary spread is common, 
although adults contracting the disease tend to have milder symptoms (usually only 
conjunctivitis).  
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  2.6 Eye Infections 

 Infections of the conjunctiva refer to a clear membrane that coats the inner aspect 
of the eyelids and the outer surface of the eye. Conjunctivitis can occur sporadically 
or in large groups. Often, follicular conjunctivitis is contracted by swimming in 
inadequately chlorinated swimming pools, or in lakes during the summer (Horwitz 
 2001) . The first documented outbreak of conjunctivitis was in 1955, when adeno-
virus was isolated from swimmers at a local pool; many outbreaks have been 
documented since (Martone et al.  1980 ; Papapetropoulou and Vantarakis  1998) . 
Most cases result in only mild illness and complete recovery. Ad3 and Ad7 are the 
most commonly isolated species, although many other serotypes have been associ-
ated with this syndrome (Horwitz  2001) . 

 Epidemic keratoconjunctivitis or EKC is a syndrome that causes inflammation 
of the conjunctiva and cornea. EKC was once referred to as “Shipyard Eye,” 
because it was first described in shipyard workers (Horwitz  2001) . Transmission 
was probably through medical facilities that treated eye trauma sustained on the 
job. EKC is considered highly contagious and begins with edema of the eyelids, 
pain, shedding tears, and photophobia. Some syndromes may progress to hemor-
rhagic conjunctivitis. The predominant adenovirus serotype currently associated 
with outbreaks of EKC is Ad37 (Kemp et al.  1983) , although Ad8 and Ad19 have 
also been isolated from infected tissue. EKC outbreaks are commonly reported from 
offices of ophthalmologists (D’Angelo et al.  1981 ; Keenlyside et al.  1983 ; Kemp et 
al.  1983 ; Koo et al.  1989) . The spread of EKC is thought to occur through insuffi-
cient sterilization of equipment or contact lenses (Kowalski et al.  2001) , direct 
manipulation of the eye, or by use of eye solutions and ointments. Secondary 
spread between children and family members has also been documented, although 
direct inoculation into the eye appears to be necessary for disease (McMinn et al. 
 1991) . In addition, sexual transmission of the virus may occur because of sporadic 
cases of EKC in young adults (Foy  1997) .  

  2.7 Obesity 

 There is accumulating evidence that several viruses may be involved in animal and 
human obesity (Jaworowska and Barylak  2006) . Studies in chickens, mice, and 
nonhuman primates indicate that Ad36 can cause obesity (Greenway  2006) . Obese 
humans have a higher prevalence of serum antibodies to Ad36 than do lean humans 
(Atkinson et al.  2005) . Other adenoviruses are capable of causing obesity in ani-
mals, but no correlation with antibodies has been demonstrated (Greenway  2006) . 
The metabolic and molecular mechanisms of how adenovirus infections cause 
obesity are not precisely understood; however, increases in food intake alone can-
not explain the observed increases in adiposity (tendency to store fat), suggesting 
that Ad36 induces metabolic changes (Vangipuram et al.  2004) . One mechanism 
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appears to be that Ad36 influences the differentiation of preadipocyte cells and/or 
the accumulation of lipids by adipocytes (cells that accumulate fat in the body) 
(Vangipuram et al.  2004) .  

  2.8 Acute Hemorrhagic Cystitis 

 Ad11 and Ad21 are associated with acute hemorrhagic cystitis in patients following 
renal transplantation (Blohme et al.  1992) . According to Hierholzer  (1992) , over 11% 
of transplant recipients become infected with adenoviruses, with an 18% case-fatality 
rate. The virus may be contracted as a result of the subsequent immunosuppression 
therapy, or introduced with the transplanted kidney. The cystitis is self-limiting and 
adenovirus can be isolated in the urine of 70% of immunocompromised patients with 
the disease (Numazaki et al.  1973) . This illness most often occurs in boys and is asso-
ciated with gross hematuria, or blood in the urine (Horwitz  2001) .  

  2.9 Meningoencephalitis 

 The isolation of adenoviruses from the central nervous system of healthy individu-
als is rare. Cases involving virus in the cerebrospinal fluid or the brain are most 
often a result of host immunosuppression. The predominant adenovirus serotypes 
are Ad3, Ad5, Ad6, Ad7 and Ad12. One case of Ad32 isolated from the brain of 
a patient with malignant lymphoma has also been documented (Horwitz  2001) .  

  2.10 Other Diseases 

 Adenoviruses have, at one time or another, been implicated as a cause of pericarditis 
(Rahal et al.  1976) , chronic interstitial fibrosis (Kawai et al.  1976) , rubelliform 
illness (Gutekunst and Heggie  1961)  and congenital anomalies (Evans and Brown 
 1963) . Although adenoviruses may be involved in these syndromes, their signifi-
cance remains unclear.   

  3 Morbidity and Mortality  

 Because adenovirus is not a reportable disease agent, there are no national or 
population-based morbidity and mortality data available; most of the epidemio-
logical data come from the study of select populations who appear to be most 
affected by adenovirus exposure. These include children in institutions such as 
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hospitals and d-care centers, military recruits, immunocompromised individuals, 
and family groups. Adenovirus infections were common among military personnel 
in the 1950s and 1960s, with infection rates as high as 10%. They were also 
responsible for 90% of pneumonia hospitalizations (Buescher  1967) . The impact 
of adenoviruses subsided with the implementation of a vaccine; however, the sole 
vaccine manufacturer ceased its production in 1996. Subsequently, morbidity 
ratios have again increased to 10–12%, and deaths have been observed in previ-
ously healthy military recruits (CDC  2001) . In the following sections the various 
morbidity ratios observed during adenovirus outbreaks among children and the 
immunocompromised are discussed. Table 3 provides documented mortality ratios 
for select sub-populations.   

  3.1 Impact on Children 

 Numerous studies have been conducted to evaluate the occurrence of adenovirus 
infections in children ( Table 4 ). Enteric infection in children results in disease 
50% of the time. This percentage is greater when the infection is centered in the 
respiratory tract (Foy  1997) . Attack rates for waterborne outbreaks have been as 
high as 67% in children, with secondary attack rates (person-to-person transmis-
sion) of 19% for adults and 63% for children (Foy et al.  1968) . In an outbreak of 
adenovirus gastroenteritis among young children, an attack rate as high as 70% 
was observed (Richmond et al.  1979) . As shown in Table 4, the peak incidence of 
most enteric adenoviral illnesses is in children less than 2 yr of age, although all 
age groups are affected.       

 Researchers, in a case-control study at an outpatient clinic in Baltimore, investi-
gated the roles of potential causative agents of acute diarrhea in children less than 
2 yr of age. Of the 246 cases, 26% were a result of viral pathogens. Only adenovirus and 
rotavirus were significantly associated with diarrhea when the control group was 
considered (Kotloff et al.  1988) . Cases were more likely to be subject to household 
crowding, low birth weight and low-level maternal education (Kotloff et al.  1988) . 

  Table 3    Mortality ratios associated with adenovirus illnesses in sub-populations    

 Sub-population  Mortality ratio (%)  Reference 

 Immunocompromised patients  50–60  Shields et al.  (1985) ; 
Zahradnik et al.  (1980)  

 Immunocompromised patients  48  Hierholzer  (1992)  
 Children <5 yr  34  Murtagh et al.  (1993)  
 Immunocompromised children  83  Munoz et al.  (1998)  
 Bone marrow transplant patients  1  Baldwin et al.  (2000)  
 Immunocompromised patients  75  Pham et al.  (2003)  
 Bone marrow transplant patients (children)  19  Kampmann et al.  (2005)  
 Bone marrow transplant patients  >25  Krilov  (2005)  
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 Table 4    Selected studies on the occurrence of adenovirus in children a   

 Place  No. 
 % Total 
Adenovirus 

 % Enteric 
Adenovirus 
(Ad40/Ad41)  Other  Study 

 Sweden 
   

 200 well 
 416 ill 

 1.5 
 13.5 

 0 
 7.9 

   
 In- and out-patient 

 Uhnoo et al. 
 1984     

 Washington  270: 134 
 children; 
136 
adults 

 6.7  1.1  EAd (enteric 
adenovirus) 
cases all 
<24 mon with 
gastroenteritis 

 Rodriguez 
et al. 
 (1985)  

 Baltimore 
   

 372 well 
 538 ill 

 – 
   

 1.3 
 5.2 

 2-yr prospective 
study; children 
<2 yr    

 Kotloff 
et al. 
 (1988)  

 Guatemala 
   

 191 well 
 385 ill 

 – 
   

 4.7 
 14.0 of total 

well/ill 
 samples 

 Ages 0–3 yr; of 59 
hospit-alized: 
51% rotavirus; 
31.2% EAd    

 Cruz et al. 
 (1990)  

   

 Korea 
   

 90 well 
 345 ill 

 – 
   

 2 
 9 

 6% with rota-virus 
and Ad 40/41 
combined; 
94% with EAd 
<24 mon   

 Kim et al. 
 (1990)  

   

 Arizona 
   

 129 well 
 565 ill 

 8 
 8 

 2 
 2 

 4% ill, 1% 
well = astro-
virus; 100% of 
Ad infected 
children 
<35 mon    

 Lew et al. 
 (1991)  

   

 Finland  248 ill  4  –  26% rotavirus; 
4% bacterial; 2/3
unidentified; 
sickest 
children-75% 
rotavirus, 0–2.5 yr 

 Ruuska and 
Vesikari 
 (1991)  

 Sweden 
   
   

 50 well 
adults 
 50 ill 

children 
 50 ill adults 

 18 
 50 
 24 

 0 
 0 
 0 

 PCR methodology 
with 40/41 
primers; mean 
age 32 yr, 21 mon, 
and 31 yr, 
respectively 

 Allard 
et al. 
 (1991)  

   
   

 Argentina 
   
   

 766 well 
 180 ill 
   

 14.4 
 13.3 
   

 0.8 
 33.0 of total Ad 
   

 Family-based study 
of children <15 yr 

      

 Mistchenko
et al. 
 (1992)    

(continued)
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Table 4 (continued)

 Place  No. 
 % Total 
Adenovirus 

 % Enteric 
Adenovirus 
(Ad40/Ad41)  Other  Study 

 England  1426 ill  17.8  16.4 of total Ad  78.3% rotavirus; 
7.9% astro-virus; 
hospita-lized 
children <5 yr 

 Bates et al. 
 (1993)  

 Rome  417 ill  7 –  18.2% rotavirus, 
astrovirus, 
hospitalized 
children 

 Donelli 
et al. 
 (1993)  

 Brazil 
   

 79 well 
 67 ill 

 11.4 
 10 

–
 43.0 of total Ad 

 Hospitalized children 
<2 yr   

 Harsi et al. 
 (1995)  

 Australia  4473 ill –  3.2 (40/41) = 
14.0 (40) and 
86.0 (41) of 
total Ad 

 Children hospitalized 
with acute 
gastroenteritis 

 Grimwood 
et al. 
 (1995)  

 England  452 ill  32 (non 
40/41) 

 22.0 (40); 46.0 
(41) total Ad 

 50% of positive 
samples were 
from infants <1 yr 

 Bryden 
et al. 
 (1997)  

 China  44 ill  100  58.0 (40); 32.0 
(41); 16.0 (both) 

 100 Ad infected 
population, EAds 
predominated in 
children <3 yr 

 Wang 
and 
Chen 
 (1997)  

  PCR  polymerase chain reaction,  Ad  adenovirus,  EAd  enteric adenovirus  
a Embrey  (1999)  

 Infants are particularly susceptible to pharyngitis, gastroenteritis, pneumonia, 
acute hemorrhagic cystitis and hepatitis associated with adenovirus infection. Ad7 
has been shown to cause particularly severe respiratory infections in children. One 
study documented a 34% mortality ratio from pneumonia and necrotizing bronchiolitis 
caused by Ad7 (Murtagh et al.  1993) . In addition, fulminant hepatitis, caused by 
adenovirus can be severe in pre-term infants and immunocompromised children 
(Krilov et al.  1990 ; Michaels et al.  1992 ; Munoz et al.  1998 ; Wang et al.  2003) . 
There have also been reports of adenovirus infection in neonates resulting in serious 
or fatal pneumonia and disseminated disease (Abzug and Levin  1991 ; Foy  1997) . 
Evidence from case studies suggests that children may acquire infection from their 
mothers during birth. Fatal disseminated neonatal infections with Ad3, Ad7, Ad21 
and Ad30 have been reported (Abzug and Levin  1991) . 

 It has been speculated that the role of adenoviruses in childhood infections, in 
developing countries (and also perhaps developed countries), has been underesti-
mated because of the number of asymptomatic infections (Butler et al.  1992) . 
Immunocompromised children are more likely to show clinical symptoms, and 
malnourished children in developing countries may be predisposed to adenovirus 
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infections. One study investigated the deaths of three children who died from 
complications associated with concomitant adenovirus and cytomegalovirus infec-
tions (Butler et al.  1992) .  

  3.2 Impact on the Immunocompromised 

 The severity of disease resulting from an adenovirus infection depends on the host’s 
immune system status. Therefore, adenovirus infections in immunocompromised hosts 
[including HIV (human immunodeficiency virus)-infected patients and transplant 
recipients] have been well documented (Akiyama et al.  2001 ; Ambinder et al.  1986 ; 
Baldwin et al.  2000 ; Blohme et al.  1992 ; Durepaire et al.  1995 ; Hierholzer  1992 ; 
Kampmann et al.  2005 ; Krilov  2005 ; Pham et al.  2003 ; Shields et al.  1985 ; Webb et al. 
 1987 ; Zahradnik et al.  1980) . Although non-enteric adenovirus infections usually pro-
duce moderate disease in people with normal immune systems, the immunocompro-
mised are at higher risk for serious and possibly fatal disseminated disease. 

 Though adenovirus infection may result in mild or asymptomatic infections in 
the immunocompromised (Cox et al.  1994 ; Khoo et al.  1995) , the virus can dis-
seminate into any body system and cause pneumonitis, meningoencephalitis, hepa-
titis (especially in liver and bone marrow transplant patients) (Bertheau et al.  1996 ; 
Saad et al.  1997) , and hemorrhagic cystitis (especially in kidney transplant patients) 
(Foy  1997) . The disease may progress to death (Hierholzer  1992)  ( Table 3 ). The 
enteric adenoviruses are rarely isolated from immunocompromised patients with 
gastroenteritis or diarrhea (Durepaire et al .  1995 ; Khoo et al.  1995) , and are gener-
ally not associated with serious illness in the immunocompromised; thus, there are 
no reports of EAds causing chronic sequelae in these individuals. 

 Hierholzer  (1992)  found that the different immunocompromised groups tend to 
be stricken with certain species of the virus. Child SCIDS (severe combined immu-
nodeficiency syndrome) patients were susceptible to serotypes Ad1, Ad7 and 
Ad31; children with bone marrow transplants were susceptible to the serotypes in 
subgenera A, B, C and E; adults with kidney transplants were infected with mostly 
species from subgenus B, especially Ad11, Ad34 and Ad35; and, AIDS patients 
were documented with infections by all species from all subgenera. The most 
recently identified species from subgenus D (Ad42 through Ad49 and Ad51), as 
well as serotype Ad50 (subspecies B1), have only been found in AIDS patients 
(de Jong et al.  1999 ; Foy  1997) . 

  3.2.1 Bone Marrow Transplant Patients 

 Bone marrow transplant patients are at high risk for adenovirus infections. After 
transplantation, adenovirus isolation rates have been reported as high as 21% in 
patients (Baldwin et al.  2000) . Of those contracting adenovirus, a case-fatality rate 
of 60% has been reported (Hierholzer  1992) . Common syndromes include late-onset 
hemorrhagic cystitis, diarrhea, pneumonitis, and liver failure (Akiyama et al.  2001 ; 



Waterborne Adenovirus 147

Hale et al.  1999 ; Kang et al.  2002) . Adenovirus serotypes isolated in bone marrow 
transplant patients with various syndromes include Ad1, Ad2, Ad5, Ad7, Ad11, 
Ad34 and Ad35 (Baldwin et al.  2000 ; Shields et al.  1985 ; Webb et al.  1987) . There 
is therefore no specific serotype associated with these patients.  

  3.2.2 AIDS Patients 

 Adenovirus serotypes commonly isolated from AIDS patients are Ad11, Ad16, 
Ad21, Ad34 and Ad35 (Hierholzer et al.  1988) . It has been estimated that 12% of 
AIDS patients become infected with adenoviruses and 45% of these infections 
terminate in death within 2 mon (Hierholzer  1992) . Illnesses associated with adeno-
virus infections and deaths, in AIDS patients, include hepatitis, gastroenteritis, res-
piratory disease, and diseases of the central nervous system.    

  4  Waterborne Disease Outbreaks Associated 
with Adenoviruses  

 Adenoviruses have been responsible for numerous outbreaks within facilities for: 
children (e.g., d-care centers, schools, orphanages and camps) (Chiba et al.  1983 ; 
McMinn et al.  1991 ; Payne et al.  1984 ; Van et al.  1992) , hospitals (Brummitt et al. 
 1988 ; Colon  1991 ; de Silva et al.  1989 ; Koo et al.  1989 ; McMinn et al.  1991) , 
health care centers (Krajden et al.  1990) , and among military personnel (Colon 
 1991 ; Dingle and Langmuir  1968 ; Meiklejohn  1983) . Table 5 shows some of the 
common sources of adenovirus illness outbreaks. Because all serotypes of adeno-
virus (besides enteric alone) are excreted in feces, contaminated water could be a 
source of exposure for any type, either through ingestion, inhalation or by direct 
contact with the eyes. No outbreaks have been associated with food, whereas two 
outbreaks have been associated with drinking water (Divizia et al.  2004 ; Kukkula 
et al.  1997) . No water-related outbreaks of enteric adenovirus have been reported.  

  Table 5    Adenovirus outbreaks from contact with recreational water    

 Serotype  Source  Population  Disease 
 Attack rate 
(%)  Reference 

 Ad3  Swimming pool  Swim team (ages 
8–10 yr) 

 PCF  67.0  Foy et al. 
 (1968)  

       Swim team (ages 
10–18 yr) 

    65.0    

 Ad7  Swimming pool  Family open swim  Conjunctivitis  33.3  Caldwell et al. 
 (1974)  

 Ad4  Swimming pool  Swim team  PCF  52.5  D’Angelo et al. 
 (1979)  

 Ad3  Swimming pool  Community (ages 
1–47 yr) 

 Conjunctivitis  32.0  Martone et al. 
 (1980)  

PCF  pharyngoconjunctival fever  w



148 K.D. Mena, C.P. Gerba

  4.1 Recreational Outbreaks 

 Contact with recreational water has been associated with numerous adenovirus 
outbreaks over the yr. Adenoviruses are the most reported cause of swimming pool 
outbreaks associated with viruses (Gerba and Enriquez  1997) . Many outbreaks of 
PCF from non-enteric adenoviruses have come from people swimming in pools and 
lakes. Papers published in the 1920s described a syndrome of pharyngitis, conjunc-
tivitis and fever (the hallmarks of PCF) related to swimming (Foy  1997) . After 
virus culture techniques became available in the 1950s, these types of swimming 
pool outbreaks were traced to adenoviruses. Ad7 and Ad3 (the cause of PCF infec-
tions) were cultured from the throats of infected people in pool-related outbreaks 
coinciding with decreases in water chlorine levels (Martone et al.  1980 ; Turner et 
al.  1987) . Published accounts have confirmed a link with swimming pool outbreaks 
and the detection of adenoviruses in pool water. Ad3, Ad4, Ad7 and Ad14 have 
been associated with outbreaks in swimming pools (Gerba and Enriquez  1997 ; van 
Heerden et al.  2005a) . Ad4 was detected in the water of a Georgia pool after 72 
people became ill (D’Angelo et al.  1979) . More recently, Greek researchers used 
polymerase chain reaction (PCR) to detect adenovirus in pool water after 80 swim-
mers developed PCF (Papapetropoulou and Vantarakis  1998) . It is clear that non- or 
inadequately-disinfected recreational water is a source of adenovirus infection in 
swimmers. A routine monitoring of chlorinated swimming pools in South Africa 
demonstrated the presence of adenovirus by PCR in 26 of 93 (15.4%) samples (van 
Heerden et al.  2005a) . Although the detection method did not assess virus viability, 
it did demonstrate the widespread occurrence of adenoviruses in swimming pools.  

  4.2 Drinking Water Outbreaks 

 There have been three drinking water outbreaks reported in Europe in which EAds 
may have been a cause of gastroenteritis (Divizia et al.  2004 ; Kukkula et al.  1997 ; 
Villena et al.  2003) . Multiple viral agents were involved and the water had not been 
adequately disinfected.   

  5 Occurrence and Survival of Adenoviruses in Water  

 Limited data have been available on the occurrences of adenoviruses in water. 
Only since the development of molecular methods for the direct detection of 
adenoviruses in water, with confirmation tests performed in cell culture, have data 
become available. Adenoviruses have been isolated from wastewater and river 
water, often more frequently and at higher concentrations than the enteroviruses 
(Hurst et al.  1988 ; Irving and Smith  1981 ; Pina et al.  1998) . Adenoviruses have 
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also been detected in oceans, swimming pools, and shellfish. Positive samples are 
found yr-round. 

  5.1 Occurrence in Sewage 

 Adenoviruses are commonly detected in raw and non-disinfected secondary sewage 
discharges, although little published data are available for the US. Table 6 shows 
the occurrences of adenoviruses in sewage and surface waters worldwide. In Spain, 

  Table 6    Occurrence of adenoviruses in sewage and surface waters    

 Serotype(s) a   Water source 
 Concentration/
Frequency  Location  Reference 

 Ad 
NS

  
   
   

 Raw 
 Secondary 
 Secondary 

chlorinated 

 0–6,350 IU/L (96%) 
 0–600 IU/L (88%) 
 0–1,150 IU/L (71%) 

 Australia  Irving and Smith 
 (1981)  

      
      

 Ad1–3, Ad5, 
Ad7, Ad15 

 Wastewater  70–3200 cytopatho-
genic units/L 

 Greece  Krikelis et al.  (1985)  

 Ad2, Ad3, 
Ad5, Ad6 

 River  0–25 PFU/L  Japan  Tani et al.  (1995)  

 Ad 
NS

   Wastewater     Ohio  Hurst et al.  (1988)  
 Ad40, Ad41  Surface  49–88%  South Africa  Genthe et al.  (1995)  
 Ad 

NS
   Wastewater  100%  Spain  Puig et al.  (1994)  

 Ad 
NS

   River  100%       
 Ad 

NS
   River     Spain  Pina et al.  (1998)  

 Ad 
NS

   Wastewater     Spain  Girones et al.  (1995)  
 Ad 

NS
   River          

 Ad40  Surface water  0–2.11 MPN/48%  United States 
(US) 

 Chapron et al.  (2000)  

 Ad  Surface water  880–7,500 
genomes/L 

 California  Jiang et al.  (2001)  

 Ad  River  50%  California  Jiang and Chu  (2004)  
 Ad  Surface water  66.70%  South Korea  Lee and Jeong  (2004)  
 Ad  Surface water  12.75%  South Africa  van Heerden et al. 

 2003  
 Ad2, Ad40, 

Ad41 
 Surface water  22.22%  South Africa  van Heerden et al. 

 (2005b)  
 Ad  Sewage efflu-

ent and river 
receiving 
discharge 

 20%  Germany  Pusch et al.  (2005)  

 Ad  Secondary  Not given  Milwaukee  Sedmak et al.  (2005)  
 Ad  Raw sewage 

Secondary 
 94%
96% 

 Norway  Myrmel et al.  (2006)  

    a Ad  
 NS 

  adenovirus, exact type not specified; IU  infectious unit;  PFU  plaque forming unit;  MPN  
most probable number  
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monthly samples of raw sewage, effluent, river water, and seawater were tested, 
using nested PCR amplification. Adenovirus was detected in 14 of 15 sewage, 2 of 
3 effluent, 15 of 23 river water, and 7 of 9 seawater samples.    

 Samples that were positive for enterovirus or hepatitis A were also positive for 
adenovirus, but there was no correlation between the fecal coliform level and ade-
novirus occurrence (Pina et al.  1998) . In Greece, 36 samples of effluent were tested 
over a 15-mon period using cell culture. Adenovirus was detected in all samples, 
with concentrations ranging from 70–3,200 cytopathic units/L. Ad1, Ad2, Ad3, 
Ad5, Ad7 and Ad15 were detected (Krikelis et al.  1985) . In Australia, raw sewage, 
primary effluent, and secondary effluent were sampled over a yr using cell culture; 
25 of 26 raw sewage, 23 of 26 primary effluent and 23 of 26 secondary effluent 
samples were positive for adenovirus. The mean concentrations in sewage, primary 
effluent and secondary effluent were 1,950, 1,350 and 250 infectious units/L, 
respectively. Enteroviruses were removed by activated sludge to a greater extent 
than was adenoviruses (Irving and Smith  1981) .  

  5.2 Occurrence in Surface Waters 

 Both respiratory and enteric adenoviruses have been isolated from surface waters 
worldwide. Nevertheless, survey data are limited in the US. An evaluation of 29 
surface water samples, collected as part of the Information Collection Rule, 
yielded 38% positive for infectious Ad40 and Ad41 (Chapron et al.  2000) . The 
concentration of adenovirus 40/41 ranged from 1.03 to 3.23 per 100 L. In this 
study, adenoviruses were more common in surface waters than enteroviruses and 
astroviruses. Similarly, when comparative studies were conducted, adenoviruses 
usually outnumber enteroviruses in surface waters. In Japan, weekly samples of 
urban river water were tested for reovirus, enteroviruses and adenoviruses, using 
cell culture, over a period of 5 yr. Levels of adenovirus were low when compared 
to other viruses, but these levels were consistently detected over the study period 
(samples ranged from 0 to 25 plaque forming units/L). Ad2, Ad3, Ad5 and Ad6 
were the most prevalent forms found (Tani et al.  1995) .  

  5.3 Occurrence in Groundwater 

 To date, there appear to have been no attempts to determine the occurrences of 
adenoviruses in groundwater, although other enteric viruses have been detected in 
several studies in the US (Abbaszadegan et al.  2003) . Nonetheless, adenovirus was 
one of the probable causes of a drinking water outbreak in Finland. This indicated 
that adenovirus might be present in sewage-contaminated groundwater (Kukkula 
et al.  1997) .  
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  5.4 Occurrence in Drinking Water 

 Infectious adenoviruses have been detected in conventionally treated and disin-
fected drinking water, in Africa and Asia, using genome detection with PCR in 
cell culture (Lee and Jeong  2004 ; van Heerden et al.  2003)  ( Table 7 ). In both of 
these studies, adenoviruses were commonly detected in raw, untreated surface 
water. In one study, adenoviruses were found in 4.4% of the finished drinking 
water samples that met the current acceptable bacteriological standards. In the 
other study, adenoviruses were detected at concentrations ranging from 0 to 0.9 
MPN (most probable number)/100 L. Van Heerden et al.  (2003)  noted that none 
of the adenoviruses growing in cell culture produced cytopathic effects (CPE). 
It was reported that all drinking water samples had fewer than 100 colony-forming 
units of heterotrophic plate count bacteria and no detectable coliform bacte-
ria/100 mL. No studies on adenoviruses, in finished water supplies in the US, have 
been reported.      

  5.5 Survival in the Environment 

 Limited data suggest that adenoviruses survive longer in water than enteroviruses 
and hepatitis A virus (Enriquez et al.  1995) . Adenoviruses also exhibit greater ther-
mal stability than enteroviruses. This may explain their longer survival in water 
(Enriquez  1999) . They are capable of surviving for mon in water, especially at low 
temperatures. The double-stranded DNA that comprises the genome of the virus 
may provide more stability in the environment. In addition, adenoviruses may use 
host cell repair enzymes to repair damaged DNA. This may also prolong their sur-
vival in the environment and enhance their resistance to inactivation by ultraviolet 
(UV) light (Thurston-Enriquez et al.  2003b) .   

 Table 7    Detection of adenoviruses in drinking water  

 Location  Type of treatment 
 Method of 
detection 

 Concentration/
Frequency of 
 isolation  Reference 

 South Africa  Not specified  Gene probe for 
Ad 40 and 41 

 58% Ad40, 
47% Ad41 

 Genthe et al. 
 (1995)  

 Korea  Conventional with 
disinfection 

 Cell culture and 
confirmation 
by PCR 

 46% Ad  Lee and Jeong 
 (2004)  

 South Africa  Conventional with 
chlorination 

 Integrated cell 
culture and 
PCR 

 4.41% Ad  van Heerden 
et al.  2003  

 South Africa  Conventional with 
chlorination 

 PCR  5.32% Ad2, 
Ad40, Ad41 

 van Heerden 
et al.  (2005b)  
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  6 Economic Impact of Adenovirus Infections  

 Because adenoviruses are common causes of respiratory disease and gastroenteritis 
in children (only second to rotavirus gastroenteritis), the economic costs associ-
ated with adenovirus infections are not negligible. Although no data on the costs 
associated with adenovirus gastroenteritis could be found, in 1993, Smith et al. 
 (1995)  estimated the direct medical and indirect costs of non-hospitalized rota-
virus gastroenteritis at $419 per case, and hospitalized rotavirus gastroenteritis 
at $3,940 per case. It was estimated that 12,870 cases of acute respiratory infec-
tions, caused by adenoviruses among new military recruits in the US, would 
require hospitalization each yr at an annual cost of $26.4 million (Howell et 
al.  1998) . Outpatient medical costs were estimated at $51 and in-patient medi-
cal costs at $1,612. Total direct and indirect costs were estimated at $2,134 per 
patient. 

 Eye infections with adenoviruses are common among all age groups. The medi-
cal and indirect costs associated with an outbreak of adenoviral conjunctivitis 
among staff at a long-term care facility were estimated by Pierdnoir et al.  (2002)  at 
$722 per person. Staff absenteeism was the most costly aspect of the infection 
(58.2% of the total cost).  

  7 Risk Assessment  

  7.1 Dose-Response 

 The only dose-response data that exist for adenoviruses are for the respiratory 
adenovirus, Ad4 (Couch et al.  1966) . Haas et al.  (1993)  determined that the dose-
response data were best described by the exponential model:  

 where, P 
i
  represents the probability of becoming infected, N represents the number 

of organisms inhaled or ingested, and r is the constant describing the dose-response. 
The analysis showed that r = 0.4172.  

  7.2 Previous Risk Assessments 

 Three previous studies have been conducted to characterize the risk from adenoviruses 
in drinking and recreational waters. Crabtree et al.  (1997)  determined the risk of 
infection, illness and death from adenoviruses in drinking water, using the dose-
response data for inhalation of Ad4 (Couch et al.  1966) . For data on occurrence, 
they used the ranges of enteric viruses reported in the literature. Risks of illness and 

 P
i
 = 1 – exp(–rN) 
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death were determined by multiplying the P 
i
  (probability of infection) by the 

morbidity rate for waterborne viruses (0.5; Haas et al.  1993)  and the reported 
mortality rate (0.0001; Bennett et al.  1987) , respectively. Yearly risks were deter-
mined using the following equation:  

 The results of their risk analysis are shown in Table 8. They concluded that the 
risks would exceed the suggested risk recommendation of 1 × 10 –4  per yr for drink-
ing water (Regli et al.  1991) , even at an adenovirus concentration of 1 per 1,000 L, 
if the daily consumption of tap water were 2 L/d.  

 Van Heerden et al.  (2005c) , using the same exposure and dose response as 
Crabtree et al.  (1997) , performed a risk assessment for their data on the occurrence 
of adenoviruses in conventionally treated drinking water and recreational waters 
(lake and river) in South Africa. The mean concentration of adenoviruses in the 
drinking water of the two plants studied was 1.40 and 2.45 adenoviruses per 
10,000 L. In the recreational waters studied, the mean concentrations were 54.6 and 
9.97 adenovirus per 10,000 L. To obtain these values, a random distribution of the 
viruses within and between samples was assumed to be described by a Poisson 
distribution. The assay method used only detected cell culture-infectious virus. The 
annual risk of infection for drinking water was calculated as 1.01 × 10 –1  and 
1.71 × 10 –1  for the two drinking water supplies. The daily risk of infection was 
calculated as 1.71 × 10 –4  and 3.12 × 10 –5  for recreational water. 

 The risk of adenovirus infection from chlorinated swimming pools has also been 
assessed. Ninety-two 1-L samples were collected from three swimming pools and 
assayed for adenoviruses using PCR. Overall, adenoviruses could be detected in 
16% of the samples. The authors made the following assumptions: 50% of the 
adenoviruses were infectious; the viruses had a random distribution in the water; 
the efficiency of the recovery method was 40%; the concentration of infectious 
virus in the water was 0.113–0.236 per L; the risk of illness was 50%; and, the 
swimmers ingested 30 mL. The results indicated a daily risk of adenovirus infec-
tion of 1.93 × 10 –3  to 3.69 × 10 –3 . The total and fecal coliform numbers were within 
the expected range for coliforms and fecal coliforms (0/100 mL). In this study, 
residual free chlorine levels (<0.1 mg/L) were detected in some of the swimming 
pool waters.  

 P
yr
 = 1 – (1 – P

i
)365 

  Table 8    Risks associated with adenoviruses in drinking and recreational waters    

    Yearly risk for drinking water a   Daily risk for swimming b  

 Risk  (1 IU/1,000 L)  (1 IU/100 L)  (0.118 MPN/100 L)  (12.8 MPN/100 L) 

 Infection  2.63 × 10 –1   9.52 × 10 –1   1.48 × 10 –5   1.60 × 10 –3  
 Illness  1.41 × 10 –1   7.81 × 10 –1   7.38 × 10 –6   8.00 × 10 –4  
 Death  1.52 × 10 –5   1.52 × 10 –4   7.38 × 10 –10   8.00 × 10 –8  

IU  infectious unit  
aAssumes the general population consumes 2 L/d  
b30 mL ingested   
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  7.3 Risks for Drinking Water 

 Table 9 shows the daily and annual risks of infection associated with exposure to 
varying levels of adenoviruses per 100 L. The calculated risks assume a 2 L/d 
exposure and utilize the exponential model with  r  = 0.4172 (Haas et al.  1993) .   

 A guideline of acceptable risk for drinking water of 1 × 10 –4  has been suggested 
(Regli et al.  1991) . At every exposure included in  Table 9 , calculated annual risks 
exceed this recommendation. If it is assumed that these adenovirus concentrations 
are detected in source water, the amount of water treatment required to reduce the 
risk to meet the EPA recommendation, can be determined. Figure 2 shows the rela-
tionship of adenovirus concentration and the log 

10
  reduction through treatment 

needed to meet the 1 × 10 –4  annual risk of infection goal.  
 If current guidelines for adenovirus removal, using conventional disinfection 

treatments, are capable of removing 4-log 
10

  of adenoviruses, then surface water 
concentrations should not exceed ~0.5 per 100 L ( Fig. 2 ). Chapron et al.  (2000)  
detected adenoviruses at 4 of 29 surface drinking-water treatment sites that were 
involved in the Information Collection Rule data collection. The concentration of 

    Table 9  Daily and annual risks of infection associated with exposure to 
waterborne adenoviruses    

 No. of adenoviruses 
per 100 L  Daily risk of infection  Annual risk of infection 

 0.01  8.34 × 10 –5   2.99 × 10 –2  
 0.1  8.34 × 10 –4   2.63 × 10 –1  
 1  8.31 × 10 –3   9.52 × 10 –1  
 10  8.01 × 10 –2   9.99 × 10 –1  
 100  5.65 × 10 –1   9.99 × 10 –1  

  Fig. 2    Log 
10

  reduction of adenoviruses in source water required to achieve acceptable finished 
water (risk of yearly infection of <10 –4 )       
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adenoviruses ranged from 1.16 to 2.11 MPN/100 L, suggesting that additional 
treatment may be needed at these sites. The effectiveness of conventional treatment 
for adenoviruses is not known. Existing data would suggest that chlorine doses, 
used for the control of other enteric viruses, are more effective against adenovirus, 
and greater than a 4-log 

10
  removal may occur by conventional treatment followed 

by chlorination. 
 No information is available on the occurrence of adenoviruses in groundwater. 

However, several studies have documented the occurrence of enteroviruses, and 
other enteric viruses in groundwater used as a source for drinking water in the US 
(Abbaszadegan et al.  2003 ; Borchardt et al.  2003,   2004 ; Fout et al.  2003) . 
Abbaszadegan et al.  (2003)  detected viruses in the BGM (Buffalo green monkey) 
cell line by CPE in 22 of 529 samples from utility water supply wells, with an MPN 
viral concentration between 0.09 and 1.86 MPN/100 L. If adenoviruses occur in 
similar concentrations, then a 4.0–4.5-log 

10
  removal would be needed to achieve a 

yearly risk of 1 × 10 –4 .   

  8 Removal of Adenoviruses by Water Treatment  

 No published studies on the removal of adenoviruses by conventional treatment, or 
other physical-chemical treatment processes of drinking water are available. 
Although adenoviruses have been isolated from conventionally treated drinking 
water in developing countries, no such studies have been performed in the US.  

  9 Disinfection  

 Only limited studies have been performed on the sensitivity of adenoviruses to the 
disinfectants commonly used in water treatment (Thurston-Enriquez et al. 2003a, b). 
These studies suggest that adenoviruses are of equal or greater sensitivity to oxidiz-
ing disinfectants; however, because of its doubled-stranded DNA genome, they 
appear to be the most UV light - resistant waterborne pathogen known. Table 10 
lists the Ct (concentration x time) values for various disinfectants used in the treat-
ment of water.  

 Among the non-enteric adenoviruses, sensitivities to chlorine appear to be simi-
lar. The EAd40 appears to be very sensitive. Gerba et al.  (2002)  estimated the Ct 
for a 99.99% reduction at a temperature of 2 C to be 2.4 for Ad3, 6.25 for Ad7 and 
6.75 for Ad12 (from the work of Liu et al.  1971) . Thurston-Enriquez et al.  (2003a)  
found that the Ct for a 99% inactivation of Ad40 was less than that of poliovirus 
and the other adenoviruses, in buffered demand-free water at 5 C at pH 6.0–8.0. 
The Ct for a 2-log inactivation (99%) was 13.7 times greater in groundwater sup-
plied as drinking water. Additional work conducted as part of the study confirmed 
that adenoviruses are more resistant to chlorine in groundwater and surface waters 
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receiving conventional treatment; however, the Ct time is still within values recom-
mended for the treatment of surface waters. 

 Only the inactivation of Ad40 by ozone has been reported to date (Thurston-
Enriquez et al.  2005b) . The Ct for a 99% inactivation of Ad40 by ozone is less than 
0.01 (pH 7.0, 5 C; Thurston-Enriquez et al.  2005b) . Thus, adenoviruses are more 
sensitive to ozone than are the enteroviruses (Gerba et al.  2003) . Ad40 also appears 
to be very sensitive to inactivation by chlorine dioxide, with a Ct of 0.28 for a 99% 
reduction at pH 7.0 and 5 C (Thurston-Enriquez et al.  2005a) . 

 Respiratory and enteric adenoviruses are considerably more resistant to UV light 
radiation than are other waterborne enteric pathogens (Gerba et al.  2002,   2003 ; 
Roessler and Severin  1996 ; Yates et al.  2006) . They are also more resistant to UV 
light disinfection than waterborne viruses with single- and double-stranded RNA 
genomes (Meng and Gerba  1996) . The adenovirus genome is comprised of double-
stranded DNA. This allows the virus to use host cell repair enzymes to repair damage 
in the DNA caused by UV light (Day et al.  1975) . 

 Thurston-Enriquez et al.  (2003b)  reported a value of 23 and 87 mJ/cm 2  for a 
1- and 3-log inactivation of the MS-2 virus, respectively. MS-2 was reduced by 
3.1-log 

10
  at a dose of 90 mJ/cm 2 , as interpolated from the linear regression line. This 

is greater than the inactivation rate of adenoviruses at the same dose (Table 11). 
Adenoviruses have a double-stranded DNA genome, but only one strand of the 
nucleic acid may be damaged during UV light disinfection. The undamaged strand 
may then serve as a template for host cell repair enzymes (Day et al.  1975 ; Day 
 1993) . The presence of host cell repair enzymes enable DNA viruses to repair the 
damage caused by UV light.  

 In one study of UV light-exposed adenoviruses, two different continuous cell 
lines – PLC/PRF/5 and HeLa cells – were used to determine if they would provide 
different results. An analysis of variance (ANOVA) test of the results indicated that 
the differences between log 

10
  (N/N 

0
 ) of experiments assayed on PLC and HeLa 

  Table 10    Ct (concentration × time) values for various disinfectants    

 Serotype  Disinfectant 
 Water 
type  Temperature ( C)  pH  

 Estimated Ct 
99

  
(mg/min)  Reference 

 Ad3  Chlorine  PEW  2  7.8  2.40  Liu et al.  (1971)  
 Ad7A  Chlorine  PEW  2  7.8  6.25  Liu et al.  (1971)  
 Ad1l  Chlorine  PEW  2  7.8  6.75  Liu et al.  (1971)  
 Ad5  Chlorine  Tap  25  7.0  6.00  Abad et al.  (1994)  
 Ad40  Chlorine  CDF  5  7.0  0.03  Thurston-Enriquez 

et al.  (2003a)  
 Ad40  Chlorine  CDF  5  8.0  0.11  Thurston-Enriquez 

et al.  (2003a)  
 Ad40  Chlorine 

dioxide 
 CDF  5  7.0  0.28  Thurston-Enriquez 

et al.  (2005a)  
 Ad40  Ozone  ODF  5–7  7.0  0.01  Thurston-Enriquez 

et al.  (2005b)  

PEW  potomac estuarine water,  CDF  chlorine demand free,  ODF  ozone demand free  
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cells were not statistically significant. Multiple freeze-thaw cycles of virus stocks 
have been speculated to damage the viral capsid, making them more susceptible to 
UV radiation (Gerba et al.  2002) . There was not a significant difference between 
the inactivation rate of Ad1 and Ad6 after one freeze-thaw; nevertheless, the slopes 
of the linear regression lines of Ad6 after one freeze-thaw and four freeze-thaws 
showed a significant difference. This indicates that Ad6 was more susceptible to 
UV light after four freeze-thaws at a dose of 120 mJ/cm 2 . There was no statistically 
significant difference in the log 

10
  reduction of Ad5 and Ad6, stored at two dissimi-

lar temperatures, for up to 4 week before UV light exposure. The exception was 
Ad1 that had a higher inactivation rate after 4 week of storage at 25 C ( p  = 0.02). 

 Gerba et al.  (2002)  found that the doses required to achieve 90–99.99% inactiva-
tion of Ad2 were very similar to the ones required for Ad6, and slightly higher than 
the doses required for Ad1 (Table 11). Thurston-Enriquez et al.  (2003b)  found that 
enteric Ad40 was significantly more resistant to UV light than the respiratory 
adenoviruses. Meng and Gerba  (1996)  reported 30 and 124 mJ/cm 2  for a 1- and 
4-log 

10
  inactivation of Ad40 (frozen and thawed five times prior to exposure). This 

is very similar to the reductions in Ad6 after four freeze-thaw cycles (29 and 
117.6 mJ/cm 2 ). Also, the reported 3.3-log 

10
  reduction of Ad40 at 90 mJ/cm 2  was 

almost identical to Ad6 (Table 11). 
 Yates et al.  (2006)  recently reviewed the state of knowledge on adenovirus inac-

tivation by UV light, and concluded that all existing data suggest that delivering the 
dose in a UV reactor (while allowing for uncertainties in reactor validation testing) 
may require UV doses of up to 200–300 mJ/cm 2  for a 4-log 

10
  virus inactivation for 

a given UV reactor.  

  10 Data Gaps  

 Although adenoviruses have long been recognized as a cause of waterborne ill-
nesses among bathers, they have received less study than other waterborne viruses, 
with regard to their fate and transport in the environment. Although we know that 
they occur in greater numbers, in sewage and sewage-polluted surface waters, than 

  Table 11    Predicted dose requirements (mJ/cm 2 ) for 
log 

10
  inactivation using ultraviolet light    

 Virus  90%  99%  99.90%  99.99% 

 Ad6  38.5  76.9  115.4  153.8 
 Ad1  34.5  68.9  103.4  137.9 
 MS-2  28.9  57.9  86.9  115.9 
 Ad2 a   40.0  78.0  119.0  160.0 
 Polio-1 a   8.0  15.5  23.0  31.0 
 Ad40 b   54.3  109.0  167.0  226.0 

   aGerba et al.  (2002)
   bThurston-Enriquez et al.  (2003b)   
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do other enteric viruses, we know little concerning the effectiveness of conventional 
sewage and drinking water treatment for their removal. The data available are usu-
ally limited to one or a few serotypes. 

 Quantitative data on adenovirus occurrence in surface and groundwater would aid 
in determining the amount of treatment needed to meet treatment goals. Data on 
conventional water treatment would allow better assessment of the amount of disin-
fectant needed. Information on adenovirus transport through soil would also assist 
in understanding the potential adenovirus has for contaminating of groundwater. 

 Adenoviruses have been shown in laboratory cell cultures to use host repair 
enzymes to repair UV light damage; however, there is insufficient information to 
clearly determine the relevance of such repair for human consumption of water that 
contains UV light-irradiated adenoviruses (Yates et al.  2006) . Animal or other studies 
could be conducted to define the significance of this phenomenon and its impor-
tance to UV light disinfection. 

 Current dose-response data are only available for the inhalation route. It is pos-
sible that the dose-response for enteric adenoviruses by ingestion is different. 
Studies in animals could provide better data on dose-response for adenoviruses via 
the oral route. Dose-response studies in immunocompromised animals could also 
aid in determining if the dose-response is different from responses in healthy 
individuals.  

  11 Summary  

 Adenoviruses are associated with numerous disease outbreaks, particularly those 
involving d-cares, schools, children’s camps, hospitals and other health care centers, 
and military settings. In addition, adenoviruses have been responsible for many 
recreational water outbreaks, including a greater number of swimming pool out-
breaks than any other waterborne virus (Gerba and Enriquez  1997) . Two drinking 
water outbreaks have been documented for adenovirus (Divizia et al.  2004 ; Kukkula 
et al.  1997)  but none for food. Of the 51 known adenovirus serotypes, one third are 
associated with human disease, while other infections are asymptomatic. Human 
diseases associated with adenovirus infections include gastroenteritis, respiratory 
infections, eye infections, acute hemorrhagic cystitis, and meningoencephalitis 
( Table 2 ). Children and the immunocompromised are more severely impacted by 
adenovirus infections. Subsequently, adenovirus is included in the EPA’s Drinking 
Water Contaminant Candidate List (CCL), which is a list of unregulated contami-
nants found in public water systems that may pose a risk to public health (National 
Research Council  1999) . 

 Adenoviruses have been detected in various waters worldwide including waste-
water, river water, oceans, and swimming pools (Hurst et al.  1988 ; Irving and Smith 
 1981 ; Pina et al.  1998) . Adenoviruses typically outnumber the enteroviruses, when 
both are detected in surface waters. Chapron et al.  (2000)  found that 38% of 29 
surface water samples were positive for infectious Ad40 and Ad41. Data are lacking, 



Waterborne Adenovirus 159

regarding the occurrence of adenovirus in water in the US, particularly for ground-
water and drinking water. Studies have shown, however, that adenoviruses survive 
longer in water than enteroviruses and hepatitis A virus (Enriquez et al.  1995) , 
which may be due to their double-stranded DNA. 

 Risk assessments have been conducted on waterborne adenovirus (Crabtree 
et al.  1997 ; van Heerden et al.  2005c) . Using dose-response data for inhalation from 
Couch et al.  (1966) , human health risks of infection, illness and death have been 
determined for various adenovirus exposures. Crabtree et al.  (1997)  conclude that, 
even at an adenovirus concentration of 1 per 1,000 L of drinking water, annual risks 
of infection exceed the suggested risk recommendation of 1 × 10 –4  per yr (Regli et 
al.  1991)  (Table 8). Using the same exposure and dose-response assumptions, van 
Heerden et al.  (2005c)  determined annual risks of infection to be 1–1.7 × 10 –1  for 
two drinking water samples from South Africa containing 1.40 and 2.45 adenovi-
ruses per 10,000 L, respectively. This present study estimated annual risks of infec-
tion associated with varying levels of adenoviruses per 100 L (Table 9). By 
assuming a 2 L/d exposure and utilizing the exponential model at  r  = 0.4172 (Haas 
et al.  1993) , yearly risks exceed the risk recommendation of 1 × 10 –4  at every expo-
sure level. 

 There are limited data regarding the removal of adenoviruses by conventional 
water treatment or other physical-chemical treatment processes, but studies do sug-
gest that adenoviruses are of equal or greater sensitivity to oxidizing disinfectants, 
when compared to other waterborne viruses ( the most resistant to ultraviolet light). 
Data suggest that the chlorine doses applied to control other waterborne viruses are 
more effective against adenovirus, resulting in a greater than 4-log 

10
  removal of 

adenoviruses by conventional treatment and chlorination. If treatment can achieve 
a 4-log 

10
  removal of adenoviruses, then, based on the risk levels presented in Table 9, 

surface water concentrations should not exceed 0.5 adenoviruses per 100 L (Fig. 2). 
More data are needed regarding the occurrence of adenovirus in groundwater and 
drinking water, the effectiveness of water treatment against adenovirus, and the 
human-virus dose-response relationship to fully understand the role of adenovirus 
as a waterborne public health threat.     
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        Haloacetonitriles: Metabolism and Toxicity        

    John   C.   Lipscomb, (*ü )       Ebtehal   El-Demerdash,      and  Ahmed   E.   Ahmed           

    1 Introduction    

 Chlorination to purify water supplies is among the most important public health 
advances of the twentieth century. Following the introduction of widespread water 
chlorination, in 1908, once-common diseases such as cholera, dysentery and 
typhoid fever were practically eliminated (Mughal  1992) . However, formation of 
disinfection by-products (DBPs), which result from the interaction of chlorine with 
organic materials in the source water, is a side effect and major hazard of chlorination 
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(Doyle et al.  1997) . Recent epidemiological studies provide moderate evidence that 
DBPs cause adverse pregnancy outcomes (APO) (Bove et al.  2002) . Results of 
experimental studies indicate that some DBPs are mutagens, carcinogens, teratogens, 
or developmental toxicants (Ahmed et al.  2005a,   b ; Muller-Pillet et al.  2000 ; 
Villanueva et al.  2004) . The Safe Drinking Water Act authorized the U.S. 
Environmental Protection Agency (U.S. EPA) to enforce drinking water regulations. 
In 2006, the Stage 2 Disinfectants/DBPs Rule was promulgated (U.S. EPA  2006) . To 
comply with this rule, some utilities are switching from chlorine to chloramine disin-
fection, which may increase nitrogenous DBPs (N-DBPs). N-DBPs were cited as 
research priorities by the U.S. EPA (Weinberg et al.  2002 ; Woo et al.  2002) . 

 The purpose of this review is to advance the goal of defining human health risks 
of these chemicals. We present and focus on one class of N-DBPs, the halogenated 
acetonitriles (HANs). We address the following information on HANs: formation 
and prevalence in drinking water, general and systemic toxicity, mutagenicity, car-
cinogenicity, pharmacokinetics and metabolism, mechanism of action and evalua-
tion of other toxic effects. Moreover, in this review we present a comparative 
analysis of the biological activity of  individual HANs.  

  2 Formation and Prevalence of HANs in Drinking Water  

  2.1 Formation 

 The chlorination of water commonly results in the formation of several HANs 
(X 

 n 
 CH 

 n 
 CN): monobromoacetonitrile (BrCH 

2
 CN; BAN), bromochloroacetonitrile 

(BrClCHCN; BCAN), dibromoacetonitrile (Br 
2
 CHCN; DBAN), monochloroace-

tonitrile (ClCH 
2
 CN; CAN), dichloroacetonitrile (Cl 

2
 CHCN; DCAN), and trichloro-

acetonitrile (Cl 
3
 CCN; TCAN) (Oliver  1983 ; Trehy and Bieber  1981) . Factors that 

influence HAN formation during the chlorination process include: temperature, pH, 
time, chlorine and bromide ion concentrations, and content of organic and inor-
ganic materials in source water ( Yang et al.  2007) . The presence of bromide ions 
in aqueous solutions of chlorine results in preferential substitution reactions with 
bromide and organic substrates present in water; such reactions lead to the forma-
tion of various bromine-containing HANs (Coleman et al.  1984 ; Pourmoghaddas et 
al.  1993) . Moreover, residual chlorine (hypochlorite) in drinking water may result 
in the formation of DBAN and DCAN in vivo, following human consumption of 
such water (Mink et al.  1983) . HANs degrade by gradual hydrolysis to form non-
volatile products; degradation rates increase with increased water pH (Bieber and 
Trehy  1983) . 

 HANs are not known to occur naturally. Synthetic HANs have limited industrial 
and agricultural use in pesticide fumigation (Pereira et al.  1984 ; Sax and Lewis 
 1987 ; Trehy et al.  1986) . In addition, DCAN has been used as an insecticide for 
grains (Cotton and Walkden  1968)  and as a biological growth inhibitor in cooling 
towers (Matt  1968) .  
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  2.2 Prevalence in Drinking Water 

 Knowing the concentration of HANs in drinking water supplies is essential in defining 
levels and routes of human exposure and ultimately the extent of their adverse effects 
on human health. However, it is challenging to accurately predict exposure to DBPs, 
because their occurrence and concentrations are highly dependent on the disinfection 
method used. In addition, other variables exist: amount of organic matter in the water, 
temperature of the water, and distance over which the water is piped after disinfection 
to the site of use (Bove et al.  2002) . Furthermore, human exposure to HANs is not 
limited to oral consumption of drinking water; dermal and inhalation exposures also 
occur while showering, swimming and other household activities (Bruchet et al.  1985) . 

 HANs are routinely detected in drinking water supplies in the U.S. and internation-
ally (McKinney et al.  1976 ; Otson  1987 ; Reding et al.  1989 ; Stevens et al.  1990 ; Suffet 
et al.  1980 ; Trehy and Bieber  1981 ; Trehy et al.  1986,   1987 ; Weinberg et al.  2002) . 
CAN, BCAN, DBAN and TCAN are the HAN analogs most commonly found, and 
they have been detected in several surveys: a U.S. survey of 35 water utilities (Krasner 
et al.  1989) , a survey of 53 Canadian water utilities (Williams et al.  1997)  and the U.S. 
EPA’s Information Collection Rule effort, which involved 500 large drinking water 
plants in the U. S. (McGuire et al.  2002) . These four above- mentioned HANs were 
formed at plants that used chlorine, chloramine, chlorine dioxide or ozone for disinfec-
tion. Plants using chloramines (with and without chlorine) had the highest levels of 
HANs in their finished drinking water. The relative concentrations of individual HANs 
varied considerably among drinking water supplies ( Table 1 ), and levels in  water sup-
plies that had been lime-softened were not detectable.      

 HANs were also detected in other water reservoirs such as swimming pools 
(Weisel et al.  1999) . A recent study indicated that the formation of DCAN in swim-
ming pools resulted from increased chlorination-mediated reactions that degraded 
nitrogen-containing compounds of human origin; these compounds included urea, 
proteins (hair), lotion, saliva and skin (Kim et al.  2002) . Residues of DBAN, BAN 
and BCAN were also detected in foods and beverages. To facilitate the investigation 
of human exposure to DBPs via foods and beverages, analytical recovery methods 
for HANs and other DBPs were developed. HANs were generally well recovered 
(70–130%) from food products spiked with authentic HANs standards, with the 
exception of BCAN (64%) and DBAN (55%) (Raymer et al.  2000) .   

  3 Pharmacokinetics and Metabolism  

  3.1 Pharmacokinetics 

 To evaluate the bioavailability in target organs of various HANs, absorption and 
distribution studies were conducted following oral or intravenous (iv) administra-
tion of radiolabeled HANs molecules (Ahmed et al.  1991b,   1992 ; Abdel-Aziz et al. 
 1993 ; Lin et al.  1992 ; Roby et al.  1986) . 
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 Roby and colleagues  (1986)  studied the excretion and tissue distribution of 
DCAN administered orally, in water, to male F344 rats and male B6C3F1 mice. 
Three dose levels (0.2, 2.0, and 15 mg/kg) were employed with rats, and two dose 
levels with mice (2.0 and 15 mg/kg) with both [1- 14 C]- and [2- 14 C]-labeled DCAN. 
[1- 14 C]-DCAN is labeled at the cyanide (CN) carbon, and [2- 14 C]-DCAN is labeled 
at the dichloromethyl carbon. All excreta were collected until >70% of the dose had 
been recovered. Animals were then sacrificed, and the distribution of radioactivity 
among body organs determined at various time intervals. DCAN was rapidly 
absorbed after oral administration in a water vehicle. Differences in elimination 
between the two labeling positions were observed for both rats and mice. In rats, 
the C-2 (dichloromethyl) DCAN label was eliminated appreciably faster. Liver tis-
sues retained the highest levels of  14 C, with the exception of blood from rats dosed 

 Table 1    Occurrence of halogenated acetonitrile (HAN) compounds in drinking water a   

 Treatment 

 Haloacetonitrile 

 BCAN   DBAN  DCAN  TCAN  HAN4 b  

 Overall/All c   (1,294; 407) d   (1,288; 407)  (1,285; 409)  (1,279; 409)  (1,257; 407) 
 Mean  1.02 e   0.78  1.89  0.08  3.73 
 Median  0.78  0.28  1.30  0.00  3.0 
 SD (standard 

deviation) 
 1.17  1.16  2.28  1.33  3.56 

 90 th  percentile  2.43  2.33  4.40  0.00  7.85 
 SW/All f   (927; 297) d   (922; 297)  (918; 297)  (918; 297)  (901; 297) 
 Mean  1.11  0.74  2.26  0.03  4.08 
 Median  0.88  0.24  1.73  0.00  3.33 
 SD  1.17  1.13  2.20  0.26  3.13 
 90th percentile  2.45  2.35  4.63  0.00  8.0 
 GW/All g   (350; 108) d   (349; 108)  (350; 110)  (334; 110)  (339; 108) 
 Mean  0.76  0.83  0.93  0.21  2.75 
 Median  0.06  0.40  0.00  0.00  0.85 
 SD  1.13  1.24  2.25  2.53  4.42 
 90 th  percentile  2.14  2.18  2.83  0.00  7.39 

  a  Data adapted from the U.S. EPA, Office of Groundwater and Drinking Water, Information 
Collection Rule (ICR)  Data Analysis Technical Working Group. This database contains the  quarterly 
Distribution System average, which is an average of the four physical locations sampled in the dis-
tribution systems that connect each of the municipal drinking water plants with their community 
end-users. Samples were taken at points representing the average, and the maximal distances from 
the plants. Minimum reporting levels for each of the halogenated acetonitriles (HANs) was 0.5 µg 
/L. Analysis for the HANs was accomplished using U.S. EPA method 551.1 (U.S. EPA  1995)    
b  Data are presented as ppb for the combined four HANs quantified
   c  Data represent all treatment systems, irrespective of source water or treatment
   d  Numbers in parentheses represent the number of quarterly samples taken; number of plants sub-
mitting samples
   e  Data are presented as ppb
   f   SW   Surface water. Data represent all treatment systems that use a surface water source, irrespec-
tive of treatment
   g   GW  Ground water. Data represent all treatment systems that use a groundwater source, irrespec-
tive of treatment 



Haloacetonitriles: Metabolism and Toxicity 173

with [1- 14 C]-DCAN. Differences in the route of excretion between the [1- 14 C]- and 
[2- 14 C]-DCAN indicated that the molecule was cleaved in the body and was subse-
quently metabolized by different mechanisms (Roby et al.  1986) . Results also 
indicated that DCAN is highly metabolized in the liver to various excretable forms. 
The higher accumulation of radioactivity in liver, skin and muscle suggests that 
these organs are target sites for DCAN accumulation (bioavailability) and HANs 
toxicity. 

 Lin et al.  (1992)  administered oral doses of 1-or 2-[ 14  C]-TCAN in tricaprylin to 
male Fischer 344 rats. To determine the nature of the interactions between HANs 
andmacromolecules, several  protein fractions (globin, albumin and globulins) and 
DNA were isolated from blood and solid tissues of treated animals. [ 14  C]-TCAN or 
its metabolites were found to bind to both DNA and blood proteins in a dose-related 
manner. Higher levels of  14 C activity (DPM [disintegrations per minute]/µg DNA) 
were associated with the DNA of liver, kidney and stomach, when the carbon was 
labeled at the C 

2
  position rather than at the C 

1
  position. The stomach exhibited the 

highest level of DNA binding, followed by the liver and kidney. However, the position 
of the radiolabel did not influence levels of radioactivity associated with blood pro-
teins. In addition, binding of  14 C-TCAN equivalents was higher in DNA isolated from 
rats killed 24 hr after dosing than those killed 4 hr after administration. In contrast, 
the three blood proteins (globin, albumin, and globulins) showed similar binding lev-
els, regardless of exposure time. Radioactivity associated with DNA was not incorpo-
rated into the nitrogen bases, i.e., as a result of de novo synthesis (Lin et al.  1992) . 

 The metabolic fate of 2-[ 14 C[-CAN was investigated in mice following  iv admin-
istration; 12 hr after administration, 0.8% of the dose was exhaled as unchanged 
CAN, and 65.7% of administered radioactivity was excreted in urine, feces and 
exhaled as  14 CO 

2
 .  14 C-CAN was not detected in urine or feces. In addition, extensive 

uptake and retention of CAN equivalents were observed in several organs. The 
retention of radioactivity in tissues of the thyroid gland, gastrointestinal tract (GIT), 
testes, brain and eye suggest that those organs are potential targets for CAN bioa-
vailability and target organ toxicity (Ahmed et al.  1992 ; Bhat et al.  1990) . 

 To compare the fate and bioavailability of CAN with that of its major metabo-
lites and carbon dioxide, the metabolic fate of CAN and Na 

2
 CO 

3
  were investigated 

(Ahmed et al.  1991b)  using whole body autoradiographic techniques (Ullberg 
 1977) . Five min after CAN administration, extensive accumulation of radioactivity 
occurred in liver, kidney and the GIT. After 3 hr, radioactivity had diffused homo-
geneously to all tissues. At 24 and 48 hr, radioactivity was refocused in liver, kid-
ney, GIT walls, bone marrow, eye and thyroid gland. It is clear from these studies 
that CAN undergoes extensive metabolic biotransformation in rats. 

 Abdel-Aziz et al.  (1993)  employed diethylmaleate-induced depletion of reduced 
glutathione (GSH) to examine the affect of GSH on tissue binding and disposition 
of  14 C-CAN in mice. Depletion of GSH resulted in a fivefold higher elimination in 
urine of the CAN metabolite, thiocyanate (SCN), when assessed at 24, 48 and 72 hr; 
this result indicates apparent competition between GSH conjugation and the metabolic 
oxidative path leading to SCN formation, and is consonant with research by Pereira 
et al.  (1984) , who suggest that HANs are metabolized via the mixed function 
oxidase system.  
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  3.2 Metabolism 

 Metabolism of HANs to CN, and release of CN -  from organic nitriles leading to the 
formation of aldehydes, has been proposed by several authors (International Agency 
for Research on Cancer; IARC  1991) . The released CN -  is further metabolized by 
rhodanases to SCN. When single doses of various HANs (0.75 mmole/kg) were 
administered orally to Sprague-Dawley rats, the relative extent of SCN excretion was 
CAN > BCAN > DCAN > DBAN > TCAN (Lin et al.  1986) . The proposed pathway 
for CN -  involved formation of hydroxyacetonitriles, either by displacement of a hal-
ide ion by a hydroxyl group or by oxidation of a hydrogen atom through the action 
of a mixed-function oxidase ( Fig. 1 ). The metabolism of these compounds to SCN 
results in release of highly reactive metabolites, which may, themselves, be responsi-
ble for carcinogenic or other toxic effects (Lin and Guian  1989 ; Silver et al.  1982 ; 
Swenberg et al.  1980) . It is proposed that monohaloacetonitrile yields formaldehyde, 
dihaloacetonitrile yields formyl CN or formyl halide, and TCAN yields phosgene or 
cyanoformyl chloride. In addition, mono- and DCANs may be metabolized by 
mixed-function oxidases to yield cyanochloromethanol (ClCH(OH)CN) and cyanod-
ichloromethanol (Cl 

2
 C-(OH)CN), respectively. The proposed intermediates are 

direct-acting alkylating agents, are highly toxic, and at least in the case of formalde-
hyde, is a known carcinogen (Silver et al.  1982)  There is a discrepancy between the 
alkylation potential and extent of metabolism of CAN and TCAN to SCN; the dis-
crepancy may result from the much greater chemical reactivity of phosgene (Cl 

2
 CO), 

a proposed TCAN metabolite, and cyanoformyl chloride (ClCO-CN), compared to 
another proposed CAN metabolite, formaldehyde (Pereira et al.  1984) . Therefore, the 
relative biological activity of HANs may well be defined by the chemical reactivity 
of both the parent chemicals and their reactive metabolic intermediates.  

    Fig. 1  Metabolic pathways for halogenated acetonitriles (HANs)       
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 Pereira et al.  (1984)  examined the interactions of DBAN, BCAN, DCAN, 
TCAN and CAN with the cytochrome P-450 enzyme family; the key measure was 
the affect of these compounds on dimethylnitrosamine demethylase (DMN-DM) 
activity, a marker selective for cytochrome P-450 2E1 (CYP2E1). An investigation 
of  the potential of these compounds to inhibit DMN-DM revealed that DBAN and 
BCAN were the most potent inhibitors, with I 

50
  s (concentration that inhibits 50% 

of the enzymatic activity) of 3–4 × 10 −5  M (Pereira et al.  1984) . The I 
50

  value for 
DCAN and TCAN was more than tenfold higher; CAN inhibited DMN-DM activity 
the least. Because of the apparent high reactivity of HANs, substantive accumulation 
of these compounds in intact liver seems unlikely. The I 

50
  values, as determined in 

vitro ,  may represent gross quantitative overestimates of the concentrations neces-
sary to produce 50% inhibition in vivo. To confirm the potential of HANs to pro-
duce a similar effect in vivo, rats were dosed with 0.75 mmol/kg of TCAN and 
DBAN, and enzymatic fractions (microsomes) were isolated from the livers at 3 
and 18 hr post-dosing. DMN-DM activity was significantly decreased at both time 
intervals following TCAN administration, and was significantly increased 18 hr 
after DBAN administration. Based on their findings, Pereira et al.  (1984)  have 
proposed a metabolic scheme for the formation of SCN, which involves an initial 
hydroxylation of HANs by the hepatic mixed-function oxidase system. 

 The effect of HANs on glutathione-S-transferases (GSTs) has been studied in 
vitro and in vivo (Ahmed et al.  1989,   1991a ; Lin and Guian  1989) . The substrate 
1-chloro-2,4-dinitrobenzene (CDNB) is conjugated with GSH by many GST iso-
forms. Although CAN and BAN were poor inhibitors of GST activity toward 
CDNB, DCAN, TCAN and DBAN were good inhibitors of GST in vitro, with I 

50
  

concentrations of 2.5 × 10 −3 , 3.4 × 10 −4 , and 8.2 × 10 −4  M, respectively (Ahmed et 
al.  1989) . Further investigation determined that the activity was completely restored 
when the enzyme was dialyzed. These results suggest that the degree of inhibition 
of this enzyme pathway is dependent on HAN concentrations in the liver at a given 
time, and inhibition ceases following the elimination of HANs. Because CDNB is 
conjugated with GSH by several GST isoforms, data describing inhibition of GST-
mediated CDNB conjugation activity  cannot identify a GST class- or isoform-
specific interaction.  The apparent reversibility of GST inhibition contrasts with the 
irreversible nature of the effect of HANs on the CYP2E1-mediated metabolism of 
DMN, as demonstrated by Pereira et al.  (1984) .  

 Another HAN metabolism pathway was discovered and is mediated by oxidative 
bioactivation of HAN molecules (Lin et al.  1986) . To verify this pathway , 
Mohamadin  (2001)  investigated the role of reactive oxygen species (ROS) in acti-
vation of DCAN. A model ROS generation system (Fenton-like reaction; Fe 

2
  +  and 

H 
2
 O 

2
 ), that mainly produces hydroxyl radicals, was used. DCAN oxidation was 

monitored by measuring the extent of CN -  release. Results indicate that DCAN was 
markedly oxidized by this system, and the rate of oxidation was dependent on the 
concentration of DCAN. A fourfold increase in H 

2
 O 

2
  concentration (50–200 mM) 

resulted in a 35-fold increase in CN -  release. The rates of DACN oxidation, in the 
presence of various transition metals, were in the following order: iron > copper > tita-
nium. DCAN oxidation was enhanced significantly by the addition of Vitamin C 
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and sulfhydryl compounds. Conversely, the addition of an H 
2
 O 

2
  scavenger, iron 

chelator or antioxidants resulted in a significant decrease in CN -  release. Michaelis-
Menten kinetic analysis of reaction rates, with or without inhibitors, indicated that 
ROS-mediated oxidation of DCAN was inhibited by catalase ( K  

i
  = 0.01 mM) > des-

ferroxamine (0.02 mM) > mannitol (0.09 mM) > dimethylsulfoxide (0.12 mM). 
These results indicate that DCAN is oxidized by a ROS-mediated mechanism that 
may be important in DCAN bioactivation. Because cellular stress (i.e., oxidative 
stress) may reduce the effectiveness of repair processes, it is possible that this situ-
ation may exacerbate  DCAN-induced genotoxicity at target organs, where ROS 
generating systems are abundant.   

  4 General and Systemic Toxicity of HANs  

  4.1 Acute Toxicity 

 Acute toxicity data on HANs (Ahmed et al.  1991a ; Hayes et al.  1986 ; Meier et al. 
 1985a ; Simmon et al.  1977)  suggested that they may be biologically reactive, either 
directly or following enzymatic activation. 

 Toxicity studies by Tanii and Hashimoto  (1984)  indicated that ataxia, depressed 
respiration, decreased activity, and coma are symptoms that precede death after 
animals are intoxicated by HANs. The LD 

50
  values of different HANs are shown in 

 Table 2 . HANs LD 
50

  values were affected by the dosing vehicle used. Moreover, 

 Table 2    LD 
50

  values for HANs in rats or mice  

 Compound  Species  LD 50  (mg/kg BW)  Route/vehicle  Reference 

 CAN  Mice  136  Oral  Suffet et al.  1980  
 DBAN  Rats (M)  245  Oral/CO  Hayes et al.  1986  
    Rats (F)  361  Oral/CO  Hayes et al.  1986  
    Mice (M)  289  Oral/CO  Hayes et al.  1986  
    Mice (F)  303  Oral/CO  Hayes et al.  1986  
 DCAN  Rats (M)  339  Oral/CO  Hayes et al.  1986  
    Rats (F)  330  Oral/CO  Hayes et al.  1986  
    Mice (M)  270  Oral/CO  Hayes et al.  1986  
    Mice (F)  279  Oral/CO  Hayes et al.  1986  
 BAN  Rats (M)  26  Oral/DMSO  Ahmed and Hussein  1987  
 DBAN  Rats (M)  99  Oral/DMSO  Ahmed and Hussein  1987  
 DCAN  Rats (M)  202  Oral/DMSO  Ahmed and Hussein  1987  
 CAN  Rats (M)  153  Oral/DMSO  Ahmed and Hussein  1987  

  HAN s halogenated acetonitriles,  BW  body weight,  M  Male,  CO  Corn oil,  F  Female,  
DMSO  Dimethyl sulfoxide 
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rats and mice are relatively sensitive to the acute effects of DCAN; however, male 
rats appear to be more sensitive to DBAN than female rats. When DBAN was 
administered by gavage to male and female CD rats at a dose of 90 mg/kg/d, there 
was 40% mortality in males and 20% in females. DBAN-induced mortality was 
10% for males and 5% for females at a dose of 45 mg/kg. However, at 23 mg/kg/d, 
10% of female rats died and no lethality was observed in males during the 90-d 
study (Hayes et al.  1986) .       

 When the oral toxicity and lethality of various HANs were examined, there was 
an eightfold difference between LD 

50
  values of the most and least toxic HAN ana-

logs. The LD 
50

  values (mg/kg BW) for these compounds were: BAN (26), DBAN 
(99), CAN (153) and DCAN (202) (Ahmed and Hussein  1987 ; Ahmed et al. 
 1991a) . Signs of toxicity included gasping, salivation, chromodacryorrhea, 
increased urination and cyanosis. At higher doses, convulsions and death was 
observed within 48 hr after treatment. Histological examinations of tissues indi-
cated severe necrosis in the submucosal layer of the gastro-esophageal junction. 
The authors suggested that the toxicity of HANs is a function of the type and 
number of halogen atom substitutions: dihalo-compounds were more toxic than 
monohalonitriles. Furthermore, bromo-compounds were more toxic than chloro 
derivatives (Ahmed and Hussein  1987 ; Ahmed et al.  1991a) . 

 Nouraldeen et al.  (1993)  suggested that GIT tissues are potential target sites for 
the bioavailability, accumulation and toxicity of HANs. Histological examinations 
of animals treated with various doses of several HANs showed severe necrosis in 
the submucosal layer of the gastro-esophageal junction. Included in molecular 
toxicology studies were studies on the induction of unscheduled DNA synthesis 
(UDS), as a marker of genotoxicity, and the induction of replicative DNA synthe-
sis (RDS) and ornithine decarboxylase activities (ODCs), as markers for induced 
cell proliferation in the glandular stomach mucosa of male rats following treat-
ment with HANs. It was concluded that BAN, DBAN and CAN, at relatively high 
doses, produce epigenotoxic and cell proliferative effects in the rat glandular stom-
ach mucosa. 

 The effect of different HANs on body weight, relative organ weights, clinical 
chemistry and hematological parameters was also evaluated. Repeated oral 
administration of DBAN or DCAN to rats revealed a dose-dependent decrease in 
weight gain. Because weight gain is a sensitive indicator for general animal 
health, the decrease suggests that the body responds negatively to the adverse 
effects of HANs. However, the mechanism of such effects is unclear (Hayes 
et al.  1986) . In HAN-treated CD rats, an upward trend in values for hemoglobin, 
total red blood cell count, white blood cell count and fibrinogen was observed. 
However, results of the biochemical data failed to disclose the specific target 
organs or tissues. In addition, organ weight and organ weight/body weight ratio 
data suggest that the thymus, liver, spleen and gonads are possible target organs, 
whereas, histological data indicated that the GIT is a major target organ for HAN 
acute toxicity (Hayes et al.  1986) .  
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  4.2 Reproductive and/or Developmental Effects 

 Epidemiological studies indicate that exposure to DBPs in drinking water is associ-
ated with APO (Bove et al.  2002 ; Graves et al.  2001 ; King et al.  2000) . The effects 
include congenital CNS anomalies such as neural tube defects (Klotz and Pyrch 
 1999) ; intra-uterine growth restriction (Graves et al.  2001 ; Kramer et al.  1992 ; 
Wright et al.  2004) ; skeletal defects (Magnus et al.  1999) ; and spontaneous abortion 
(Aschengrau et al.  1989) . Significant association between APO and DBPs was 
found in women who consumed more than five glasses of water per d in which 
DBPs concentrations were ~75 µg/L (Waller et al.  1998 ; Wright et al.  2004) . 
Therefore, to evaluate this causal relationship between maternal DBP exposures 
and APOs, it is essential to develop an animal model in which exposure to known 
concentrations of individual DBPs can be studied at various gestational stages. 

 A series of seven randomly selected DBPs were evaluated in vitro by the hydra 
assay to define their developmental toxicity potential (Fu et al.  1990) . The authors 
predicted that six of the tested chemicals, including DBAN and TCAN, would be 
approximately equally toxic to both adult and embryonic mammals, when studied 
using standard developmental toxicity tests (teratology) (Fu et al.  1990) . 

 In another series of investigations (George et al.  1985 ; Smith et al.  1986,   1987, 
  1988,   1989  ) HA N-induced developmental toxicity was examined in Long-Evans 
rats, and effects were compared with those of acetonitrile (ACN). The protocol for 
the in vivo teratology screen utilized (Chernoff and Kavlock  1982) , involved expos-
ing pregnant rats to a single maximum tolerated dose (MTD) between d 7 and 21 
of gestation, and subsequent monitoring of reproductive success in dams and growth 
and viability in pups. The agents examined were ACN, CAN, BCAN, DBAN, 
DCAN and TCAN. Other than BCAN, all HANs induced maternal toxicity (reduc-
tion in maternal weight gain), when administered during gestation. ACN produced 
maternal toxicity only at the higher doses (300, 500 mg/kg), but did not induce any 
developmental effects. In addition, ACN, DCAN and TCAN all produced reduc-
tions in the number of viable litters delivered. However, no predictable relationship 
was observed between such reductions and the accompanying level of maternal 
toxicity. HANs caused reductions in birth weight and, in some instances, reduced 
weight gain over the first 4 d of postnatal life. 

 The results of the foregoing studies agreed with those of Smith et al.  (1987) , who 
evaluated the developmental toxicity of ACN and five of its halogenated derivatives 
using the same in vivo teratology screen. The screen was extended to evaluate pup 
growth until postnatal d 41–42 and weight of several organs, at sacrifice. Prenatal 
survival of the pups was adversely impacted by DCAN and TCAN. Postnatal 
growth, until d 4, was reduced by DCAN and BCAN; TCAN caused growth effects 
until d 42. 

 In serial studies, Smith et al.  (1988,   1989)  investigated the teratogenic effects of 
DCAN and TCAN in pregnant Long-Evans rats. Animals were dosed by oral intu-
bation on gestation d 6–18, with doses ranging from 5–45 to 1–55 mg/kg/d for 
DCAN and TCAN, respectively. Tricaprylin was used as a dosing vehicle. The 
highest dose tested of DCAN and TCAN was lethal to 9 and 21% of dams, respectively. 
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DCAN caused resorption of the entire litter in 60% of surviving dams, whereas 
TCAN produced 100% resorptions in two-thirds of survivors. The incidence of soft 
tissue malformations was dose dependent. The observed anomalies were princi-
pally in the cardiovascular (interventricular septal defect, levocardia and abnormali-
ties of the major vessels) and urogenital (hydronephrosis, rudimentary bladder and 
kidney, fused ureters, pelvic hernia and cryptorchidism) systems. The no-observed-
adverse-effect level (NOAEL) for toxicity in pregnant Long-Evans rats was estab-
lished by statistical analysis to be 15 mg/kg/d for DCAN and 1.0 mg/kg/d for 
TCAN (Smith et al. 1988,   1989) . 

 In 1996, Christ and coworkers evaluated the effect of vehicle administration on 
TCAN-induced developmental toxicity. These investigators reported that the 
TCAN dose-response curve for fetal (but not maternal) effects was shifted to the 
left (made more potent) when tricaprylin was used as vehicle instead of corn oil. 
Moreover, fetal weight was reduced when doses of 15 mg/kg TCAN dissolved in 
tricaprylin, was used; using corn oil as the vehicle, fetal weights were affected at 
does of about 55 mg/kg TCAN. When TCAN was administered in corn oil, the 
mean frequency of soft-tissue malformations decreased, when compared to TCAN 
administration in tricaprylin, and significantly fewer septal and great vessel cardio-
vascular defects were observed. It was proposed that TCAN may interact with the 
tricaprylin vehicle in a way that potentiates effects on the developing cardiovascular 
system. The NOAEL for TCAN (using corn oil as vehicle) was determined to be 
35 kg/kg (Christ et al.  1996) . 

 When comparing effects among HANs and to the parent compound (ACN), 
increasing halide substitution at the α-carbon appears to increase maternal and fetal 
toxicity (Christ et al.  1996 ; Moudgal et al.  2000 ; Smith et al.  1987,   1988) . 
Similarities between type and extent of halogenation among HANs my help explain 
the rank-order of HANs potency, when using quantitative structure-toxicity pro-
grams to predict fetal toxicity or CN formation and SCN excretion. Increasing the 
chlorine substitution increased toxicity and decreased metabolism, potentially indi-
cating an inverse correlation between metabolic activation and the developmental 
toxicity of these compounds (Lin et al.  1986) . 

 Only limited mechanistic studies exist on the developmental toxicity of HANs. 
To understand the potential mechanisms involved in developmental toxicity of CAN, 
the disposition, transplacental uptake and irreversible interaction of CAN, and its 
metabolites, were evaluated in normal and GSH-depleted pregnant mice and fetuses 
(Abdel-Aziz et al.  1993 ; Jacob et al.  1998) . Both normal and GSH-depleted (by 
administration of diethylmaleate) pregnant mice were given an iv dose of 
2-[ 14 C]-CAN (333 µCi/kg equivalent to 77 mg/kg). Animals were processed for 
whole-body autoradiography (WBA) at 1, 8 and 24 hr after treatment. Tissue distri-
bution of radioactivity was quantitated using computer-aided image analysis. A 
rapid and high uptake (at 1 hr) of radioactivity in normal and GSH depleted mice 
was observed in all major maternal tissues (liver, lung, urinary bladder, gastrointes-
tinal mucosa, cerebellum, and uterine luminal fluid), and fetal tissues (liver, GIT and 
brain). This same pattern of distribution, though less intense, was observed at 8 hr 
following treatment. At 24 hr, there was a significantly higher retention and covalent 
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interaction of radioactivity in GSH-depleted mouse tissues than in control tissues, 
particularly in the liver. The authors suggested that 2-[ 14 C]-CAN and/or its metabo-
lites are capable of crossing the placental barrier. Enhancement of the molecular 
interaction and covalent binding of CAN in maternal and fetal DNA, following GSH 
depletion, indicates that GSH has an important role in CAN metabolism and contrib-
utes to subsequent adverse developmental and teratogenic effects. 

 Chemicals administered at low dose levels may cause molecular defects that 
disrupt developmental processes, without inducing observable physical malforma-
tions, though they lead to APO and/or teratogenic responses. In two recent studies, 
Ahmed et al.  (2005a,   b)  examined the uptake and retention of [2- 14 C]-CAN/metab-
olites (M) in fetal mouse brain and its developmental toxicity affects, using WBA. 
These authors also studied the effect of CAN administered to dams (gestation 
d 6–18) at daily low doses (25 mg/kg) that did not produce detectable maternal or 
fetal toxicity. WBA studies indicated significant uptake and retention of 
[2- 14 C]-CAN/M in fetal brain (cerebral cortex, hippocampus, cerebellum) at 1 and 
24 hr after dosing ( Fig. 2 ). Compared with controls, fetuses exposed to CAN expe-
rienced a 20% reduction in body weight and a 22% reduction in brain weight. 
A significant increase in oxidative stress markers was observed in various fetal 
brain regions, as indicated by a three- to fourfold decrease in the ratio of GSH/
GSSG (GSSG, oxidized glutathione), increased lipid peroxidation (1.3-fold), and 

    Fig. 2  In situ micro-whole-body autoradiograph of [2- 14 C]-CAN 24 h after intravenous (iv) 
administration to a pregnant mouse at gestation d   12. High levels of [ 14 C]-equivalents (white 
areas) from [ 14 C]-CAN can be observed in frontal cortex, hypothalamus, ganglionic eminence, 
thalamus, preoptic area, yolk sac, and placenta       

AU5,6
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increased 8-hydroxy-2-deoxyguanosine levels (1.4-fold). In exposed animals, 
cupric silver staining results showed a significant increase in the number of degen-
erating neurons in cortical regions of the fetal brain. Moreover, there was an 
increase in nuclear DNA fragmentation (twofold increase in apoptotic indices) and 
caspase activity (1.5–1.7-fold) in fetal cerebral cortex and cerebellum. The authors 
concluded that CAN/M crossed the placenta and accumulated in fetal brain tissues, 
where it caused oxidative stress and neuronal apoptosis.   

  4.3 HANs-Induced Gastrointestinal Tract Injury 

 The physiology and immune function of GIT tissues make them unique in their 
expression of ROS-generating systems. The gut-associated lymphoid tissue (GALT) 
generates massive amounts of ROS, both spontaneously, and as a result of patho-
logical events such as chemically-induced inflammation and neutrophilic activation 
(Grisham and Granger  1988) . Other sources of ROS in the GIT are mucosal oxi-
dases such as xanthine oxidase and aldehyde oxidase (Krenitsky et al.  1974) . 
Generation of free radicals has been implicated in the activation of ACN, and other 
nitriles, to form the very toxic metabolite CN (Mohamadin et al.  1996 ; Abdel-Naim 
and Mohamadin  2004) . Therefore, it is hypothesized that HAN-induced oxidative 
stress and generation of ROS would result in the release of CN from HANs.  Release 
of CN ions within the GIT epithelial cellular system may initiate and enhance oxida-
tive stress in the cell (Mohamadin and Abdel-Naim  1999 ; Mohamadin et al.  2005) . 
CN is known to induce chemical hypoxia. Such hypoxia enhances anaerobic ATP 
degradation and conversion of xanthine dehydrogenase to xanthine oxidase, which 
utilizes unmetabolized molecular oxygen to form superoxide anion. This anion is 
converted by superoxide dismutase to H 

2
 O 

2
 , which is converted to hydroxyl radicals 

by various electron donating metals such as iron. Alternatively, H 
2
 O 

2
  is converted to 

hypochlorous acid by myeloperoxidase or chloroperoxidase enzymes using chloride  
(the detoxification product of CN – ) as a good electron donor for gastric oxidase. All 
of these reactions cause ROS recycling in the GIT. Therefore, the  mechanisms by 
which HANs are  bioactivated to induce GIT damage is dependent on the physiologi-
cal, biochemical, and molecular functions of the gut ( Fig. 3 ).  

 Because the GIT is the major target organ of HAN toxicity, the sensitivity of gas-
tric tissue to HANs was substantiated in a dose-response study in which the effect of 
DBAN on GSH and GST, in male Sprague-Dawley rats, was examined (Ahmed 
et al.  1991a) . DBAN was chosen as a model compound because it has been reported 
to exert the highest acute and genetic toxicities among HANs, and because it is highly 
reactive toward GSH conjugation in vitro (Ahmed et al.  1989 ; Deppierre et al.  1984) . 
 Although HAN-induced GSH depletion in liver and stomach is dose-dependent, the 
magnitude of GSH depletion in liver was less pronounced at various dose levels than 
in the stomach. In both organs, GST activity was decreased in a dose-dependent man-
ner (Ahmed et al.  1991a) . Because  GSH activity in the GIT is neither easily induced, 
nor recovered once damaged, chemically-induced gut effects may predispose GIT to 
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necrotic and carcinogenic injury. If true, GSH depletion and GST inhibition may play 
roles in the GIT toxicity of HANs, particularly in the stomach. 

 Damage in the gut is determined by the balance between rates of formation and 
catabolism of ROS. The duration that ROS have tissue contact depends on the 
dynamic ratio of ROS/antioxidants, including GSH and other protective agents: 
catalase, GSH peroxidase, GSH reductase and GST. Accordingly, the mechanism 
of CAN’s GIT toxicity was studied in the context of its effect on GSH homeostasis 
and impact on oxidative DNA damage in rat gastric mucosa in vivo (Ahmed et al. 
 1999 ; Nouraldeen et al.  1993)  and in vitro (Mohamadin and Abdel-Naim  1999) . 
The effect of CAN treatment on the integrity of gastric DNA was monitored by 
tracking the electrophoretic migration of genomic DNA on agarose gel. The impact 
of CAN-induced GSH depletion of gastric DNA was quantitated by measuring 
levels of alkyated (cyanomethyl d-guanine) and oxidized DNA bases (8-Hydroxy 
d-guanine; 8-OHdG) by HPLC-electrochemical detection (HPLC/EC). CAN 
induced a significant, dose- and time-dependent decrease (56% and 39% of control, 
respectively) in GSH levels in pyloric stomach mucosa at 2 and 4 hr after treatment. 
In addition, CAN significantly elevated gastric cyanomethyl- and 8-OH-dG levels 
in a dose dependent manner. Maximum levels of 8-OHdG in gastric DNA were 
observed at 6 hr after CAN treatment (146% of control levels). When a high dose 

    Fig. 3  Proposed  biochemical pathways for halogenated acetonitrile (HAN)–induced GIT (gas-
trointestinal tract) injury  1  GALT  Gut-Associated Lymphoid Tissue       



Haloacetonitriles: Metabolism and Toxicity 183

of CAN (76 mg/kg) was used, a peak level of 8-OHdG (177% of control levels) was 
observed earlier (2 hr) following treatment (Ahmed et al.  1999) . When CAN was 
incubated with gastric mucosal cells in vitro, a concentration-dependent CN libera-
tion and significant decrease in cellular ATP levels were detected. The authors 
suggested that a mechanism for CAN-induced toxicity may be partially mediated 
by depletion of GSH, CN release, interruption of energy metabolism and induction 
of oxidative stress-damage of gastric DNA (Ahmed et al.  1999) . CAN also caused 
a decrease in cellular GSH content and induced lipid peroxidation in gastric epithe-
lial cells (GEC). These toxic responses were dependent on both concentration and 
duration of exposure. Treatment of GEC with different thiol group donors, antioxi-
dants and iron chelators, prior to CAN exposure, protected against CAN-induced 
cytolethality, as indicated by measuring (lactate dehydrogenase; LDH) leakage and 
lipid peroxidation; this result reflects the critical role of antioxidants in CAN-
induced cellular injury (Mohamadin and Abdel-Naim  1999) .   

  5 Genotoxicity and Carcinogenesis of HANs  

  5.1 Genotoxic Effects 

 HANs are known to be direct-acting mutagens (WHO  1993) . Although the genoto-
xic effects of HANs were extensively investigated, there is wide discrepancy in 
reported results (Bull and Robinson  1985 ; Meier et al.  1985b ; Gee et al.  1985 ; 
Osgood and Sterling  1991 ; Zimmermann and Mohr  1992) . 

  5.1.1 Prokaryotic Cells  In Vitro  

 The ability of HANs to induce gene reversion in  Salmonella typhimurium  tester 
strains has been investigated in one of several surveys sponsored by the National 
Toxicology Program (Mortelmans et al.  1986) . Variable results were obtained when 
the compounds were tested at levels up to 3,333 µg/plate +/−S9 (where S9 = 9000× 
g supernatant) in tester strains TA100, TA98, TA1535 and 1537. Negative findings 
were reported for CAN, BAN and TCAN, irrespective of the presence of molecular 
activation. DCAN induced gene reversion in a dose dependent manner, most mark-
edly in strains TA100 and TA1535, irrespective of the presence of S9. The effects 
with DBAN were equivocal. Positive findings in one test system (in TA1535, +S9) 
were not matched by those in other tests. 

 Gene reversion and mutagenicity of HANs were investigated in a series of 
experiments by Bull et al.  (1985) . Positive results were obtained for DCAN in 
TA1535 and TA100, in the presence or absence of S9. All compounds were negative 
for gene reversion in TA1537 and TA1538; CAN, DBAN and TCAN elicited no 
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dose-response effects in TA1535, TA98 and TA100. The results for BCAN showed 
similar trends to those of DCAN, though the compound’s toxicity appeared to be 
greater than that of DCAN. 

 In addition, Le Curieux et al.  (1995)  examined the mutagenicity of HANs using 
the “Ames fluctuation” test. In support of the results of Bull et al.  (1985) , DCAN 
was found to induce gene reversion in the presence and absence of S9, at concentra-
tions up to 100 µg/mL. However, positive results were also obtained for a number 
of other HANs, including CAN (+S9), TCAN (−S9), MBAN (+S9) and BCAN 
(−S9). The reversion factor (R), the maximum increase in the number of revertants/
well, was calculated as -ln[(96−n)/96], where n is the number of positive wells and 
96 is the number of wells per test. The following decreasing rank order for muta-
genicity was demonstrated: DCAN > BCAN > BAN > TCAN > CAN, according 
to computed values for R. However, the authors failed to explain the apparent 
inconsistencies in the differing results with S9, among HANs. These findings tend 
to confound attempts to identify a single common mechanism for the mutagenicity 
of HANs, as a group. 

 Le Curieux et al.  (1995)  assessed the ability of HANs to induce DNA repair 
using the SOS chromotest, an experimental approach that indirectly monitors 
DNA damage and repair by measuring changes in the activities of β-galactosidase 
and alkaline phosphatase after  Escherchia coli  PQ37 isolates are incubated with 
test compounds. The activity of β-galactosidase serves as an indicator of DNA 
damage, because its gene has been fused to a DNA repair gene that is, itself, 
induced by a test chemicalin response to cellular DNA damage. Le Curieux et al. 
 (1995)  suggested that a compound is considered to be an SOS repair system 
inducer if (1) the induction factor is >1.5, (2) the β-galactosidase activity is sig-
nificantly increased compared to the solvent control, (3) the induction factor/
concentration graph displays a dose-response relationship, and (4) the results are 
reproducible. Positive results were obtained for DCAN (+S9), DBAN (−S9) and 
BCAN (−S9), although the responses were considered to be weak, because the 
maximum observed induction factor was 2.0 and ranges of effective genotoxic 
concentrations were narrow.  

  5.1.2 Eukaryotic Cells  In Vitro  

 Bull et al.  (1985)  examined the ability of HANs to induce sister chromatid 
exchanges (SCEs) in Chinese hamster ovary (CHO) cells in vitro. Results indi-
cated that all HANs induced SCE (+/−S9) in a dose-dependent manner. Bull et al. 
 (1985)  described the descending rank order for SCE potency as follows: DBAN 
> BCAN > TCAN > DCAN > CAN. These results suggest that substitution of 
bromine for chlorine enhances activity, and degree of halogenation promotes 
SCE formation. 

 Similar results were obtained in a recent study by Muellner et al.  (2007) . In this 
study, seven HANs: monoiodoacetonitrile (MIAN), BAN, DBAN, BCAN, CAN, 
DCAN and TCAN were evaluated in microplate-based CHO cell assays for 
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chronic cytotoxicity and acute genotoxicity. Cytotoxicity was observed over the 
range of concentrations from 2.8  µ M (DBAN) to 0.16 mM (TCAN), with a 
descending rank order of DBAN > MIAN > BAN > BCAN > DCAN > CAN > T
CAN. In addition, HANs induced acute genomic DNA damage; the single cell gel 
electrophoresis genotoxicity potency ranged from 37  µ M (MIAN) to 2.7 mM 
(DCAN) and the rank order of declining genotoxicity was MIAN > BAN > DBA
N > BCAN > CAN > TCAN > DCAN. 

 Zimmermann and Mohr  (1992)  examined the ability of several chemicals, 
including DBAN, to induce chromosome loss in  Saccharomyces cerevisiae  D61.M, 
a diploid yeast strain that is heterozygous for three recessive alleles flanking the 
centromere of chromosome VII. The marker  cyh2  confers resistance to cyclohex-
imide,  leu1  is a mutation causing a requirement for leucine, and  ade6  prevents the 
accumulation of a red pigment in cells homozygous for  ade2 . Loss of the homolo-
gous chromosome carrying the dominant markers leads to the simultaneous expres-
sion of all three recessive alleles, causing the formation of white colonies that 
require leucine, but which are resistant to the toxic effects of cycloheximide. DBAN 
was one of many compounds that induced chromosome loss in the presence of 
propionitrile, a well-documented inducer of chromosomal malsegregation. However, 
DBAN was ineffective in the absence of this inducer. 

 The ability of HANs to interact with, and perturb the genome of eukaryotic 
cells in vitro was also examined by Daniel et al.  (1986) . CCRF-CEM human 
lymphoblastic cells were incubated with HANs and the isolated DNA was exam-
ined for strand breaks using a DNA alkaline unwinding assay. All HANs appeared 
to induce strand breaks in the DNA of CCRF-CEM cells, most markedly in the 
case of TCAN.  

  5.1.3 Acellular Systems 

 Daniel et al.  (1986)  examined the capacity of  14 C-DCAN to bind to and/or react 
with double stranded calf thymus DNA or polyadenylic acid, in vitro ,  in the absence 
of S9. Repeated precipitation in ethanol was used to separate bound and non-bound 
DCAN, after which nucleic acid preparations were hydrolyzed and the fragments 
separated by HPLC. DCAN formed adducts with both calf thymus DNA and polya-
denylic acid. Although a chromatographic peak potentially representing an adduct 
formed between DCAN and adenosine residues was observed, the chemical nature 
of the adduct was not described. 

 A similar experimental approach to that of Daniel et al.  (1986)  was used to 
explore the ability of BAN, CAN, DCAN and TCAN to interact with double- or 
single-stranded calf thymus DNA in the absence of S9 (Nouraldeen and Ahmed 
 1996) . Fluorescence spectrophotometry was used to analyze the reaction products 
and provided data on the dose-response, time course, pH and temperature depend-
ency of DNA alkylation by these HANs. In subsequent experiments, HPLC was 
also employed to separate adducts formed when single stranded DNA reacted with 
BAN. A major peak of the BAN-DNA interaction products co -eluted with synthesized 
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7-(cyanomethyl)guanine, suggesting that 7-(cyanomethyl)guanine is the principal 
product formed when DNA and BAN interact, at least in vitro.  

  5.1.4  In Vivo  Studies 

 Several in vivo experimental studies, in which the genotoxicity of HANs has been 
examined, have been reported. The clastogenicity of HANs was evaluated by 
assessing the formation of micronuclei in polychromatic erythrocytes in mice 
(Bull et al.  1985)  and in newt larvae (Le Curieux et al.  1995) . Neither CAN, 
DCAN, TCAN, BCAN nor DBAN produced increases in micronuclei in mice. 
CAN, DCAN, TCAN, BAN, DBAN and BCAN each induced micronuclei in 
newt larvae. Under the limited micronuclei test protocol, no comparison of 
potency could be made, but the induction of micronuclei disappeared when the 
concentrations tested (TCAN, BAN, BCAN) were below 0.1 µg HANs/mL 
medium, indicating a potential threshold effect. Species differences for this 
effect, and the generally higher metabolic activity of mice compared to amphib-
ians indicate that metabolism affects the degree to which HANs produce their 
clastogenic effect. DCAN appeared to be the most strongly mutagenic HAN, with 
other analogs showing fewer observations of positive effects and generally less 
intense effects. 

 Meier et al.  (1985a)  conducted an experiment to determine the in vivo genotoxic 
potential of HANs in Swiss CD-1 mice, as judged by the ability of the compounds 
to induce morphological abnormalities in the sperm heads of treated males. The 
mouse sperm-head assay tests the ability of chemicals to disrupt sperm morphology 
as a measure of mutagenic potential to a germ cell line. Animals received five daily 
gavage doses (0, 12.5, 25 and 50 mg/kg) of HANs in aqueous medium at 24-hr 
intervals, prior to sacrifice at 1, 3 or 5 week after dosing. None of HANs under 
investigation induced any effects on the incidence of sperm head abnormalities, 
when compared to controls (Meier et al.  1985a) . 

 Lin et al.  (1992)  examined the ability of TCAN to bind to DNA in vivo, when 
male F344 rats were administered 1- or 2- 14 C-TCAN in tricaprylin (0.05–0.48 mmol/
kg, 1.26–7.37 mCi/mmol, 2 mL/kg) by gavage. In this model, TCAN was found to 
bind to both DNA and intracellular proteins in a dose-dependent manner. TCAN 
exhibited the highest affinity for DNA in the stomach epithelium, followed by the 
liver and kidney, with higher levels of bound radioactivity obtained when the radio-
label was at the C-2-position of TCAN. A chemical analysis of the bound radiola-
bel was not undertaken.   

  5.2 Carcinogenic Effects 

 Despite the fact that HANs demonstrate genotoxic activity in in vitro and in vivo 
bioassays, few carcinogenicity studies have been undertaken in intact animals. 
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  5.2.1 Skin Tumor Production 

 The ability of HANs to act as tumor initiators in the skin of Sencar mice was exam-
ined (Bull and Robinson  1985 ; Bull et al.  1985) . DBAN, BCAN and CAN signifi-
cantly increased the yield of squamous cell papillomas and carcinomas in the skin 
of treated mice. HANs were applied at doses of 200, 400 or 800 mg/kg in 0.2 ml 
acetone to the shaved backs of mice. Six doses were applied over a period of 
2 week for cumulative total doses of 1,200, 2,400 or 4,800 mg/kg. Two week after 
the last HAN dose, a promotion schedule was started using topical applications of 
1.0 µg 12- O-  tetradecanoylphorbol-13-acetate (TPA) three times weekly for a 
20-week period. Appearance and regression of papillomas were charted weekly. 
Total tumor count and time to first tumor occurrence were analyzed for dose-
response, with a trend test based on Cox’s regression model. The study revealed 
that the incidence of papillomas at 24 week increased in a dose-related manner for 
both CAN and BCAN, and reached a maximum of 50% in the 4,800 mg/kg dose 
group. Also, the incidence of tumors at 24 week, in animals which received a 
cumulative-dose of 2,400 mg/kg of DBAN, was 65%; the incidence decreased, 
however, to 30% at the high-dose of 4,800 mg/kg. Apparently, DBAN caused 
severe ulcerations at the high-dose, which may be responsible for the decreased 
incidence of tumors. DCAN and TCAN induced a non-significant increase in skin 
tumor incidence under the same conditions. Some animals were maintained for 1 yr 
to determine the incidence of squamous cell carcinomas. Similar results were 
obtained for the incidence of squamous cell carcinoma after 1 yr, as was observed 
for papilloma incidence after 24 week. 

 Bull and Robinson  (1985)  examined skin carcinogenicity of HANs. Doses of 
400 mg/kg for DBAN and 800 mg/kg for CAN, DCAN, TCAN and BCAN were 
applied three times weekly for 24 week. No increases in the incidence of skin 
tumors were observed in any animals receiving HANs without TPA promotion. In 
addition, oral dose experiments were conducted to examine the ability of HANs to 
act as tumor initiators in the skin of Sencar mice. A maximum dose of 50 mg/kg/d 
was administered six times over a 2-week period, followed by the 20-week TPA 
promotion schedule (Bull and Robinson  1985) . There were neither significant dif-
ferences in the number of tumors, or time to first tumor with any HANs in the oral 
dose experiment, nor any indication of other pathological effects for these com-
pounds in topically treated animals.  

  5.2.2 Lung Tumor Production 

 Bull and Robinson  (1985)  observed significant increases in the incidence of lung 
adenomas following oral administration of a single dose of 10 mg/kg three times 
weekly for 8 week to female A/J mice. Dosing was initiated at 10 week of age and 
animals were sacrificed at 9 mon of age. Significantly elevated yields of lung ade-
nomas were observed with CAN, TCAN, BCAN and ACN. Marginal increases in 
the number of lung adenomas, that did not achieve statistical significance, were 
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observed with DCAN and DBAN. However, the authors warned that these results 
should be interpreted with caution because of a large variation in background rates 
of tumor formation in the lungs of this strain of mouse.  

  5.2.3 Liver Tumor Production 

 Based on the finding of tumor initiating activity in the mouse skin assay, Lin et al. 
 (1986)  screened CAN, BCAN, DCAN and DBAN for tumor-initiating activity in 
a rat liver foci bioassay. This assay involves the assessment of the induction of 
γ-glutamyl transpeptidase (γ-GT ) positive foci in liver, an event that is a putative 
preneoplastic lesion. CAN was administered orally in tricaprylin at a dose of 
1 mmole/kg (75.5 mg/kg) and DBAN, DCAN and TCAN at a dose of 2 mmole/kg 
(398, 220 and 289 mg/kg, respectively) to F344 rats, 24 hr after a 2/3 partial hepa-
tectomy. Diethylnitrosamine (DEN) was administered as a positive control and 
tricaprylin was administered as a vehicle control. One week after the operation, 
rats started receiving 500 mg/L sodium phenobarbital (a known tumor promoter) 
in drinking water for 8 week. Rats were sacrificed 1 week after treatment ended. 
No HAN compound tested induced γ-GT positive altered foci; DEN produced a 
statistically significant 30-fold elevation in altered foci over vehicle control values. 
Although these results are negative, their predictive value is limited by the fact that 
only one dose level was tested, and the number of animals was limited (7–10 per 
group).    

  6 Mechanism of Action  

  6.1 General Mechanistic Pathways 

 The precise mechanism by which HANs produce acute or chronic toxicity is cur-
rently not defined. However, as mentioned before, HANs are metabolized to reac-
tive intermediates which can interact with structural and functional macromolecules 
(proteins and lipids) to produce toxicity. The proposed metabolic pathway, shown 
in  Fig. 1 , illustrates the chemical mechanisms of HANs biotransformation to highly 
reactive intermediates that play a role in HAN-induced toxicity and carcinogenicity. 
In the upper pathway ( Fig. 1 ) the electron withdrawing (and good leaving) halo-
group(s) may undergo nucleophilic displacement, possibly at sulfhydryl and other 
nucleophilic sites (Rnus) in cellular molecules, to form cyanomethyl derivatives. 
This reaction would lead to various toxic interactions, the nature of which would 
depend on the type of biological nucleophiles involved. As an example, interaction 
with informational macromolecules such as nucleic acids or the enzymes regulating 
their functions, may lead to genetic or epigenetic aberrations such as mutagenesis 
and carcinogenesis. 
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 The lower pathway ( Fig. 1 ) involves oxidative biotransformation and CN –  
release, which requires metabolic activation of the molecule by oxygen insertion 
between C-H bond, before cleavage of the cyano group. The ultimate result is the 
formation of highly reactive haloaldehyde or ketone compounds. If produced in 
large quantities, these compounds may  overwhelm the detoxification mechanisms 
of the cell, potentially resulting in toxic molecular interactions constituting key 
components of the toxic mechanism for HANs. 

 This pathway ( Fig. 1 ) in mammals is similar to the one that results in  microbial 
transformation of ACN and CAN (Castro et al.  1996) . The first step in oxidative 
and hydrolytic transformations of ACN and CAN is insertion of an oxygen into the 
C-H bond to yield the corresponding cyanohydrins. With ACN, the loss of HCN 
from the initially formed cyanohydrin (HOCHCN) produces formaldehyde. The 
latter is rapidly converted to formate and CO 

2
 . With CAN, the first formed cyano-

hydrin (HOCHClCN) may lose HCN to produce formyl chloride, or HCl may be 
lost to yield formyl CN. The generation of CO, in addition to formate, implicates 
formyl chloride and/or formyl CN as intermediates (Castro et al.  1996) . The forma-
tion of multiple reactive metabolites complicates understanding the mechanism(s) 
of HAN-induced toxicity. Further, the presence of multiple metabolites, and dearth 
of quantitative data describing the formation of these metabolites, are barriers to 
employing biomarkers of HAN exposure in a quantitative manner. 

 The results of several in vivo and in vitro studies on the interaction of HANs with 
GSH agree with the hypothesis that HANs possess two reactive centers with which 
nucleophilic agents can react. The reaction at the first center involves initial dis-
placement of a halogen atom at the α-carbon atom prior to binding; the second 
reaction involves binding via addition to  the cyano-group triple bond. It was found 
that HANs react with 4-( p -nitrobenzyl)-pyridine by displacing a halogen atom.  The 
relative rates for such displacement are: DBAN > BCAN > MCAN > DCAN > TC
AN (Daniel et al.  1986) . In the reaction of HANs with GSH, a similar order of 
reactivity was observed, except with TCAN. The electron-withdrawing substituent 
on the α-carbon atom increases the reaction rate of nucleophilic addition on the 
cyano group carbon. Thus, TCAN is the most reactive HAN toward nucleophilic 
addition to the bond in the cyano group, in contrast to the nucleophilic replacement 
of halogen on the α-carbon atom. Therefore, GSH may react with DBAN, BCAN 
and MCAN by displacing a halogen atom on the α-carbon, and react with TCAN 
by addition to the CN carbon atom. 

 Accordingly, the toxic and genotoxic consequence of HANs interaction with 
cellular macromolecules may be significantly affected by the presence of GSH. For 
mono- and tri-haloacetonitriles, GSH conjugation should result in detoxification, 
because elimination of reactive electrophiles is enhanced. There is evidence that the 
toxicity and genotoxicity of HANs may not be fully manifested until the cellular 
GSH pool is depleted (Abdel-Aziz et al.  1993) . For dihaloacetonitriles, GSH con-
jugation only results in detoxification when both halogens are displaced. If only one 
is displaced, GSH conjugation can become an activation pathway, because the 
resulting intermediate (halothioether) is a highly reactive electrophile. There are 
many examples of dihaloalkanes being activated by GSH conjugation (Woo et al. 
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 1988) . The relative importance of the GSH activation pathway for dihaloace-
tonitriles remains to be evaluated.  

  6.2  Oxidative Stress as a Signaling Pathway 
for HANs-Induced Adverse Effects 

 Evidence supports the role of oxidative stress in HANs-induced toxicity. In vitro 
and in vivo studies indicate that HANs interact with cellular nucleophiles, which 
have an important role in the antioxidant defense system of the cells, particularly 
GSH and GST (Ahmed and Hussein  1987 ; Ahmed et al.  1991a ; Deppierre et al. 
 1984 ; Lin et al.  1992) . GSH and similar enzymes protect the cell against elec-
tophilic, necrotic and carcinogenic agents. Mechanisms that deplete GSH in tissues 
result from (a) depletion from formation of GSH conjugates catalyzed by GST 
(Chassaud  1979) ; (b) an increased rate of oxidation of GSH to GSSG catalyzed by 
the enzyme GSH peroxidase (Richman et al.  1973) ; or (c) a decreased rate of bio-
synthesis of GSH (Fu et al.  1990) . 

 To explore the mechanism of interaction of HANs with the GSH system, ACN 
and seven of its halogenated derivatives were evaluated for their interaction with 
hepatic cytosolic GST activity in vitro ,  using CDNB as the substrate (Lin and Guian 
 1989) . Increasing concentrations of ACN, monofluoroacetonitrile (MFAN), CAN, 
and BAN up to 10 mM failed to produce 50% inhibition of the activity of GST 
enzyme. However, DCAN, TCAN, DBAN and MIAN were inhibitors with inhibi-
tion rate constant (I 

50
 ) values of 2.49, 0.34, 0.82 and 4.44 mM, respectively. The 

inhibitory effect of HANs on hepatic GST activity toward CDNB was mixed. The 
inhibitory effect on hepatic GST activity for DCAN, DBAN and TCAN were found 
to be reversible, and the activity was completely recovered after dialysis of the 
inhibited enzyme. In contrast, MIAN inhibited GST activity in an irreversible man-
ner. HANs-induced inhibition of hepatic GST activity in vitro is consistent with that 
observed in vivo (Ahmed et al.  1991a) . Because HANs induced reversible inhibi-
tion of hepatic GST activities, this effect may lead to decreased detoxification of 
HANs and other electrophilic chemicals (Ahmed et al.  1989) . 

 The rank-order of HANs reactivity was also quantified by assessing the ability 
of CAN, DCAN, TCAN, BCAN and DBAN to react with GSH in vitro (Lin and 
Guian  1989) . Results indicated that DBAN and BCAN were the most potent elec-
trophiles tested, whereas DCAN appeared not to react with GSH. The addition of 
microsomal enzymes (including cytochrome P-450 forms) resulted in an increased 
depletion of GSH in incubations containing CAN, but GSH reactivity was dimin-
ished in incubations containing either TCAN or DBAN. This may indicate that 
CAN is metabolized by microsomal enzymes to a more reactive intermediate than 
are TCAN or DBAN. 

 As mentioned, HANs decreases the GST-catalyzed conjugation of GSH with 
CDNB by three mechanisms: (a) by depleting GSH through a direct reaction pos-
sibly important for DBAN and possibly (because of their high reactivity toward 
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GSH); (b) by competing with CDNB as a substrate for conjugation with GSH 
(among HANs, only CAN conjugates with GSH); and (c) by binding to GST, thus 
inactivating the enzyme. HANs may inactivate GST by interaction with thiol 
groups, amino groups or other nucleophilic centers in the protein through replace-
ment of a halogen atom (CAN, DBAN, BCAN) or reaction at a cyano group 
(TCAN and DCAN) (Castro et al.  1996 ; Chance et al.  1979) . 

 To further evaluate the mechanisms of HAN-induced oxidative stress, several 
studies were conducted to investigate the impact of HAN-induced GSH depletion 
and CN release on cytotoxicity and programmed cell death (apoptosis). Ahmed 
et al.  (2000)  evaluated the effect of various concentrations of DCAN (100–400 µM) 
on the activity of immortalized monocyte macrophage cells (RAW 264.7). DCAN-
induced oxidative stress was characterized by the production of reactive oxygen 
intermediates (ROI). The ratios of intracellular GSH/GSSG was assessed and used 
as a biomarker for oxidative stress. The secretion of TNF -α  (tumor necrosis factor 
alpha) was assessed, because macrophages are known to secrete it in response to 
cellular oxidative stress. Electrophoretic detection of DNA degradation and light 
microscopy were utilized to characterize DCAN-induced apoptosis. LDH leakage 
and trypan blue exclusion were used as markers of cellular necrosis. Following 
exposure of macrophages to DCAN (200 µM and 400 µM), a significant increase 
in levels of intracellular GSSG and ROI were detected. Increased secretion of 
TNF-α was also observed. Elecrophoresis of treated-cell genomic DNA indicated 
a dose-dependent increase in degradation of genomic DNA. Results of morphological 
studies showed that exposure of RAW   cells to 100 µM or 200 µM DCAN induced 
apoptotic cell death. At higher concentrations (400 µM), however, a significant 
increase in LDH leakage and decrease in cell viability (55% of control) indicative 
of cellular necrosis was observed. The authors concluded that DCAN induced dose 
dependent apoptosis or necrosis in RAW cells; this cellular damage may result from 
disturbance of intracellular redox status and initiation of ROI-mediated oxidative 
mechanisms (Ahmed et al.  2000) . The mechanism of DBAN-induced apoptosis and 
cytotoxicity in human lymphoid leukemia and rat intestinal epithelial cells (Jacob 
et al.  2006)  were investigated. Results indicate that there is a concentration and time 
dependent increase in DBAN-induced apoptosis in human lymphoid leukemia 
cells, as indicated by Annexin V binding and TUNEL (terminal deoxynucleotidyl 
transferase biotin-dUTP Nick End Labeling)  assays. Microscopic evaluation of 
Hoechst- or Giemsa-stained cells showed increased nuclear fragmentation and 
apoptic features. At a higher dose (10 µM) and at longer time periods (24–48 hr) 
DBAN induced severe cellular membrane damage. Moreover, morphological 
evaluation of Giemsa-stained rat intestinal epithelial cells revealed various features 
of apoptosis including cell shrinkage, and nuclear and chromatin condensation at 
5–10 µM concentrations of DBAN. Severe nuclear fragmentation was observed at 
higher DBAN concentrations (20–50 µM). Apoptosis was further verified by labe-
ling of cells with TUNEL which showed increased uptake of the dye by apoptotic 
nuclei (AE Ahmed personal communication). 

 To examine the mechanism of DBAN- induced DNA damage, mouse embryonic 
fibroblasts were exposed to various concentrations (5–40 µM) of DBAN for 
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10–240 min (AE Ahmed, personal communication) .  Phase contrast microscopic 
and morphologic evaluation of DBAN-treated cells indicated features of apoptosis 
at low exposure levels, and severe membrane damage at high concentrations of 
DBAN. The data show a concentration- and time-dependent (up to 40 min) deple-
tion (up to 80%) of total GSH. At later times, however, GSH concentrations 
rebounded. Lipid peroxidation, measured as malondialdehyde, was significantly 
increased (up to fivefold). The ability of fibroblasts to undergo DNA repair was 
studied using base excision repair assay (BER), a predominant DNA repair mecha-
nism involving single nucleotide gap-filling DNA synthesis. Data showed that BER 
activity was up regulated in cells exposed to 0.1–5 µM DBAN for 10 min, and was 
inhibited at higher concentrations and longer exposure periods. This phenomenon 
is known as hormesis. 

 In another acelluar system, HAN-induced strand breaks in plasmid DNA ,  was 
evaluated in vitro. A unique in vitro assay was developed to investigate the scope 
of oxidative mechanisms of HANs-induced DNA damage (AE Ahmed, unpub-
lished findings). DNA strand breaks were assayed by measuring the ability of 
HANs to convert super-coiled double stranded p-Bluescript DNA plasmid (SC) to 
open relaxed circular (C) or linear (L) forms. Results showed that, when DCAN 
was added to the incubation mixture, there was a significant time- and concentra-
tion- increase in the conversion of super coiled (32–55% of the total) DNA plasmid 
to circular form. A concentration-dependent increase in the levels of 8-OHdG, the 
marker for oxidative DNA damage, was observed following HPLC/EC analysis of 
DCAN-treated plasmid DNA hydrolysates. Antioxidants such as GSH, melatonin, 
catalase and superoxide dismutase and vitamins E and C protected against DCAN-
induced DNA damage. This study supports the hypothesis of HAN-induced oxida-
tive DNA damage as a possible mechanism for DCAN toxicity (AE Ahmed, 
unpublished findings).   

  7  Comparison of the Relative Chemical and Biological 
Activities of HANs  

 Several comparative HAN studies are summarized in  Table 3 . To facilitate compari-
son of results, data are normalized to the response expressed by CAN. Using 
Pearson Multiple Correlation statistics, the relative activities of five HANs for 
metabolism, alkylation potential, DNA strand breaks and carcinogenic potential 
were compared. The endpoints included inhibition of DMN-DM, the extent of 
excretion of SCN (Pereira et al.  1984) , the ability to alkylate 4-( p -nitrobenzyl)
pyridine (NBP) as an index for alkylation potential, DNA strand breakage potential 
in CCRF-CEM cells as an index for their interaction with DNA (Daniel et al.  1986)  
and skin tumor induction (Bull and Robinson  1985) .      

 As shown in the  Table 3 , CAN exhibited a relatively high alkylation potential and 
rate of metabolism as measured by excretion of SCN, compared to its ability to inhibit 
in vitro microsomal DMN-DM activity, and to induce DNA strand breaks. In contrast, 
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 Table 3    Comparison of the relative chemical and biological activities of HANs a   

 HANs 

 Metabolism  Genotoxicity  Carcinogenesis 

 DMN-DM 
inhibition b * 

 Extent 
metabolized c  

 Alkylation 
potential d  

 DNA strand 
breaks e  

 Skin tumor 
induction f  

 CAN  1  1  1  1  1 
 DCAN  450  0.7  0.07  2.1  0.72 
 TCAN  450  0.2  0.01  37  0.88 
 DBAN  3,000  0.5  6.2  3.4  0.5 
 BCAN  2,300  0.9  2.2  6.3  0.97 

  a  To facilitate comparison of results, data for all halogenated acetonitriles (HANs) shown are nor-
malized to CAN (CAN = 1); Table data adapted from Daniel et al.  1986 ; Lin et al.  1986 , and 
Muellner et al.  (2007)
    b  Expressed as the relative in vitro inhibition of rat hepatic microsomal dimethylnitrosamine-
demethylase (DMN-DM) (Lin et al.  1986)
    c  Extent of metabolism was measured as the percentage  of the dose excreted as urinary thiocyanate 
(SCN) and expressed relative to CAN (Pereira et al.  1984)
    d  Alkylation potential is expressed as the relative ability to alkylate 4-( p -nitrobenzyl)pyridine 
(NBP) (Daniel et al.  1986)
    e  DNA strand breakage potential in CCRF-CEM cells was determined by the alkaline unwinding 
method (Daniel et al.  1986)
    f  Expressed as the total number of skin tumors per mouse after a topical dose of 2.4 g/kg of the 
HAN, followed by treatment with 12- O -tetradacanoylphorbol-13-acetate for 20 week; data from 
Bull et al.  (1985) ; ranking from Daniel et al.  (1986)   
* The in vitro inhibition of rodent microsomal DMN-DM is significantly correlated with alkyla-
tion potential ( r  = 0.88,  P  < 0.05)  

the alkylation potential and the metabolism to SCN of TCAN were low compared to 
its propensity to inhibit DMN-DM activity and cause DNA strand breaks. 

 The discrepancy between the akylation potential and the extent of metabolism to 
SCN of CAN and TCAN, and their ability to inhibit DMN-DM and cause DNA dam-
age, may result from the much greater chemical reactivity of the proposed TCAN 
metabolites, phosgene and cyanoformyl chloride compared to the proposed CAN 
metabolite, formaldehyde. Therefore, although TCAN degrades less to CN than CAN, 
phosgene and cyanoformyl chloride formation is expected to be more potent as inhibi-
tors of DMN-DM, and as inducers of DNA strand-breaks than is formaldehyde. It is 
also possible that, compared to TCAN, the higher reactivity (alkylation potential) of 
CAN may indicate that it is too reactive to reach target intracellular macromolecules 
(Pereira et al.  1984) . Thus, the relative biologic activity of HANs would result from 
the activity of both the parent chemicals and their reactive metabolites. 

 Although there is a significant correlation between DNA alkylation potential of 
HANs and their inhibitory effect on microsomal DMN-DM, a non significant cor-
relation was observed between their alkylation potential and their ability to produce 
DNA strand breaks in cultured cells. The contrasting results between the binding of 
HANs to NBP, and their ability to cause DNA strand breaks or inhibit DMN-DM 
activity may be explained on the basis of molecular interactions. The NBP reaction 
probably occurs via nucleophilic attack by NBP on the HAN with resultant halogen 
displacement and binding;  whereas the DMN-DM inhibition and DNA strand 
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breaks occur both by displacement of halogen and by attack on the cyano group 
(Lin et al.  1986) . 

 As mentioned before, HANs are absorbed systemically and are converted to 
toxic metabolites as demonstrated by their excretion as SCN and their inhibition of 
DMN-DM activity in rat liver. However, HANs failed to produce any detectable 
amounts of DNA adducts in rat liver following oral administration (Lin et al.  1986) , 
and failed to initiate γ-GT foci in the rat liver foci bioassay. The inability to dem-
onstrate systemic activity for HANs may result from toxic metabolic compounds 
failing to reach the target site and/or from their rapid in vivo detoxification. The 
tumor-initiating activity of HANs topically applied to mouse skin indicates that a 
carcinogenic hazard may exist at the site of application. Thus, the carcinogenic risk 
posed by HANs in drinking water may be limited to the GIT, and other organs in 
direct contact with them, such as skin (during showering) and lung (by inhalation). 
Further investigations are required to determine if HANs are gastrointestinal 
carcinogens.  

  8 Summary  

 The haloacetonitriles (HANs) exist in drinking water exclusively as byproducts of 
disinfection. HANs are found in drinking water more often, and in higher concen-
trations, when surface water is treated by chloramination. Human exposure occurs 
through consumption of finished drinking water; oral and dermal contact also 
occurs, and results from showering, swimming and other activities. 

 HANs are reactive and are toxic to gastrointestinal tissues following oral 
administration. Such toxicity is characterized by GSH depletion, increased lipid 
peroxidation, and covalent binding of HAN-associated radioactivity to gut tissues. 
The presence of GSH in cells is an important protective mechanism against HAN 
toxicity; depletion of cellular GSH results in increased toxicity. Some studies 
have demonstrated an apparently synergistic effect between ROS and HAN 
administration, that may help explain effects observed in GI tissues. ROS are pro-
duced in gut tissues, and in vitro evidence indicates that ROS may contribute to 
the degradation and formation of reactive intermediates from HANs. The  ration-
ale for ROS involvement may involve HAN-induced depletion of GSH and the 
role of GSH in scavenging ROS. In addition to effects on GI tissues, studies show 
that HAN-derived radiolabel is found covalently bound to proteins and DNA in 
several organs and tissues. The addition of antioxidants to biologic systems pro-
tects against HAN-induced DNA damage. The protection offered by antioxidants 
 supports the role of oxidative stress and the potential for a threshold in HAN-
induced toxicity. However, additional data are needed to substantiate evidence for 
such a threshold. 

 HANs are readily absorbed from the GI tract and are extensively metabolized. 
Elimination occurs primarily in urine, as unconjugated one-carbon metabolites. 
Evidence supports the involvement of mixed function oxidases, the cytochrome 
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P450 enzyme family and GST, in HAN metabolism. Metabolism represents either 
a detoxification or bioactivation process, depending on the particular HAN and the 
enzyme involved. HANs can inhibit CYP2E1-mediated metabolism, an effect 
which may be dependent on a covalent interaction with the enzyme. In addition, 
HAN compounds inhibit GST-mediated conjugation, but this effect is reversible 
upon dialysis, indicating that the interaction does not represent covalent binding. 

 No subchronic studies of HAN toxicity are available in the literature. However, 
studies show that HANs produce developmental toxicity in experimental animals. 
The nature of developmental toxicity is affected by the type of administration vehicle, 
which renders interpretation of results more difficult. Skin tumors have been found 
following dermal application of HANs, but oral studies for carcinogenicity are nega-
tive. Pulmonary adenomas were increased following oral administration of HANs, 
but the A/J strain of mice employed has a characteristically high background rate of 
such tumors. HANs interact with DNA to produce unscheduled DNA repair, SCE and 
reverse mutations in  Salmonella . HANs did not induce micronuclei or cause altera-
tions in sperm head morphology in mice, but did induce micronuclei in newts. Thus, 
there is concern for the potential carcinogenicity of HANs. It would be valuable to 
delineate any relationship between the apparent threshold for micronuclei formation 
in newts and  the potential mechanism of toxicity involving HAN-induced oxidative 
stress. Dose-response studies in rodents may provide useful information on toxicity 
mechanisms and dose selection for longer term toxicity studies. 

 Additional studies are warranted before drawing firm conclusions on the hazards 
of HAN exposure. Moreover, additional studies on HAN-DNA and HAN-protein 
interaction mechanisms, are needed. Such studies can better characterize the role of 
metabolism in toxicity of individual HANs, and delineate the role of oxidative 
stress, both of which enhance the capacity to predict risk. Most needed, now, are 
new subchronic (and chronic) toxicity studies; the results of such well-planned, 
controlled, conducted, interpreted and published investigations would be valuable 
in establishing margins of safety for HANs in human health risk assessment.     
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