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Preface

Mineral and energy resources are increasingly being exploited to meet the
demands of a worldwide growing population and economy. Despite technological
developments, these raw materials cannot, or can only partly, be substituted by
renewable resources within the next few decades. Thus, the efficient recovery and
processing of mineral and energy resources, as well as recycling, are nowadays of
significant importance in many countries.

Geobiotechnology can significantly contribute to new developments in this field
and can be described as biotechnology in the geological context. This technology
mainly takes advantage of the biological activity relevant for geochemical pro-
cesses. Microorganisms control natural biogeochemical cycles and by doing so
they contribute to the formation and alteration of metal, oil, coal, and phosphor
deposits. Geobiotechnology comprises microbial processes in these deposits as
well as in mining and environment. The interactions of microorganisms with raw
materials enable an efficient geobiotechnological recovery of metals, oil and gas.

The ten chapters of this volume describe and summarize the scientific back-
ground and recent developments in metal bioleaching, bioextraction, biomineral-
ization and bioremediation as well as in microbial enhanced oil and gas recovery
(MEOR). Microbial processes in the underground and deposits, potentially used
for the storage of raw materials or residues, or use of geothermal energy are also
covered, including a chapter about basic mining legal principles.

The idea for this volume originated from the temporary working group Geo-
biotechnology of the German organisation DECHEMA e.V. Since many authors of
this volume are active in this working group, geobiotechnological processes and
applications are often described using examples from Germany and Europe.

The chapter on coal biotechnology is authored by the late Giovanni Rossi. He
died in summer 2013 and could not live to see the publication. Giovanni Rossi was a
dear friend, esteemed colleague, consummate engineer and researcher, and a pio-
neer in the field of biohydrometallurgy. We feel honored that he was able to finalize
his contribution to this book. We dedicate this book in memory of Giovanni Rossi.

Axel Schippers
Franz Glombitza

Wolfgang Sand
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Biomining: Metal Recovery from Ores
with Microorganisms

Axel Schippers, Sabrina Hedrich, Jürgen Vasters, Malte Drobe,
Wolfgang Sand and Sabine Willscher

Abstract Biomining is an increasingly applied biotechnological procedure for
processing of ores in the mining industry (biohydrometallurgy). Nowadays the
production of copper from low-grade ores is the most important industrial appli-
cation and a significant part of world copper production already originates from
heap or dump/stockpile bioleaching. Conceptual differences exist between the
industrial processes of bioleaching and biooxidation. Bioleaching is a conversion
of an insoluble valuable metal into a soluble form by means of microorganisms. In
biooxidation, on the other hand, gold is predominantly unlocked from refractory
ores in large-scale stirred-tank biooxidation arrangements for further processing
steps. In addition to copper and gold production, biomining is also used to produce
cobalt, nickel, zinc, and uranium. Up to now, biomining has merely been used as a
procedure in the processing of sulfide ores and uranium ore, but laboratory and
pilot procedures already exist for the processing of silicate and oxide ores (e.g.,
laterites), for leaching of processing residues or mine waste dumps (mine tailings),
as well as for the extraction of metals from industrial residues and waste (recy-
cling). This chapter estimates the world production of copper, gold, and other
metals by means of biomining and chemical leaching (bio-/hydrometallurgy)
compared with metal production by pyrometallurgical procedures, and describes
new developments in biomining. In addition, an overview is given about metal
sulfide oxidizing microorganisms, fundamentals of biomining including biole-
aching mechanisms and interface processes, as well as anaerobic bioleaching and
bioleaching with heterotrophic microorganisms.
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A Autotroph
AFM Atomic force microscopy
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1 Introduction

The naturally occurring ores of copper, zinc, and nickel exist largely in the form of
metal sulfides. These sulfides are insoluble under normal environmental conditions
as well as in weak acids, in contrast to oxidic minerals of these metals. Therefore,
sulfide ores are concentrated by flotation. From the concentrates unrefined metals
are produced by pyrometallurgical smelting. In the case of copper the smelting
process begins with the production of copper stone from dried concentrates,
nowadays mostly in fluid bed arrangements, or flash smelters, in which the
roasting, smelting, and slag formation take place in a single working step. The
intermediate product of this step is copper matte with approximately 70 % copper,
primarily as copper sulfide as well as iron sulfide. In the conversion process sulfur
is removed at high temperature as sulfur dioxide by blowing air or oxygen through
the molten matte. The resulting product of the converter treatment is blister copper
that contains about 98 % copper. For the refining process, the molten blister
copper has to be treated in an anode furnace where excess oxygen is removed by
reduction with natural gas. The deoxygenated copper is poured into moulds to
produce anodes, which are placed in the electro refining bath. The final product of
the copper extraction process is copper cathode with a quality of 99.99 % copper.

The roasting or oxidation of the metal sulfides leads to emission of sulfur
dioxide gas. This does not cause environmental problems in modern plants,
because sulfur dioxide is currently converted to more than 99 % sulfuric acid using
the double contact process. Sulfuric acid is an important side product of copper
production and sales comprise about 20 % of the revenues of the Chilean copper
smelters.

An ecologically acceptable and yet economic alternative for processing of
sulfidic low-grade ores, where metal sulfides cannot be concentrated economically
by flotation, is the extraction of metals by means of microorganisms. This pro-
cedure is called biomining [18, 20–22, 38, 40, 124–127, 144, 150, 158, 179].
Nowadays biomining is an established biotechnology and is applied worldwide.
Progress in the construction of leaching plants, in the construction and manage-
ment of heap bioleaching operations, as well as in the process design resulted in a
worldwide spreading of the technology. This may include the defined application
and monitoring of the abundance and activity of the metal sulfide oxidizing
microorganisms. All these developments enable biomining to compete success-
fully with other hydrometallurgical or chemical procedures. In addition, biole-
aching appears more and more industrially proven as a portfolio of flexible
techniques to provide a way of recovering base metals. Bioleaching is envisaged
for processing low-grade ores, particularly when they contain deleterious elements
that result in heavy penalties in pyrometallurgical treatments.

Bioleaching is the biological change of an insoluble metal compound into a
water-soluble form. In the case of bioleaching of metal sulfides these are oxidized
to metal ions and sulfate plus intermediate sulfur compounds in acidic solution by
aerobic, acidophilic Fe(II)–, and/or sulfur compound oxidizing bacteria or archaea.
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Important leaching bacteria are, for instance, Acidithiobacillus ferrooxidans (for-
merly Thiobacillus ferrooxidans) and Leptospirillum ferriphilum [125, 143]. The
oxidative compound Fe(III) for the metal sulfide oxidation is provided by the
microbial Fe(II)-oxidation. The sulfur compounds occurring in the course of metal
sulfide oxidation, such as elemental sulfur, are oxidized by the microorganisms to
sulfuric acid, creating an acidic environment.

2 Applied Biomining

2.1 Copper

2.1.1 Industrial Production

Sulfide copper ores are predominantly recovered by means of the flotation process
and pyrometallurgical smelting of the flotation concentrate. A strong increase in
the number of copper leaching operations (chemical and biological leaching) in the
1990s and at the beginning of the twenty-first century increased the share of
leaching operations from 10 to 20 % of total copper production (Fig. 1). Since
then the proportion of copper produced by leaching has remained stable at about
21 %. Nevertheless, in absolute figures, copper production from leaching pro-
cesses has grown because of a strong increase in global mine production. In 1981,
production from leaching processes amounted to about 0.6 million t and has
increased to about 3.3 million t today. In the same period the total production of
copper has doubled from approximately 8–16 million t (BGR databank).

The leaching processes have changed in the copper mining industry in this
period. The conventional leaching of oxide ores with dilute sulfuric acid is
increasingly being substituted by a growing share of bioleaching of sulfide ores.
An important reason for this change is the decreasing resource of oxide copper ore
in comparison to low-grade sulfide ore. In 2010 about 38 % of the leached copper
or 8 % of the total primary mine production of copper (15.7 million t in 2010)
originated, according to the BGR databank and literature research [48], from the
bioleaching of sulfide copper minerals (Table 1). This includes dump/stockpile
bioleaching operations where low-grade sulfide run-of-mine ores or primary cru-
shed ores are used in leaching operations without further grain size reduction (e.g.,
in the United States). As there are no specific production figures for this type of
leaching operation, it can be assumed that the share of bioleached copper can be
estimated to be considerably higher than the above-mentioned production for
copper bioleaching. Some authors estimate the share of bioleaching in primary
copper production as more than 20 % [20, 21, 125]. There are some additional
unlisted smaller leaching operations, for example, in Europe (Bulgaria: Asarel–
Medet, Elshitza; Macedonia: Bucim, Kadiitza).
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According to BGR databank research it is expected that copper production from
bioleaching will increase by 40 % until 2014 compared with 2010. This shall be
achieved by the production start-up of the large-scale bioleaching operation La
Granja of Rio Tinto in Peru with a planned annual production of about 300,000 t
of copper. Additionally, several smaller bioleaching projects with a total capacity
of 200,000 t of copper will start production.

Three different processes for bioleaching of sulfide ores can be distinguished:

• Heap or dump/stockpile bioleaching with secondary, mostly low-grade sulfide
ores, which contain minerals such as chalcocite (Cu2S) and covellite (CuS).

• Heap bioleaching of low-grade primary copper sulfides such as chalcopyrite
(CuFeS2; pilot or demonstration scale).

• Stirred-tank bioleaching with copper concentrates (pilot or demonstration scale).

Most important for copper bioleaching to date is heap or dump/stockpile bi-
oleaching with secondary copper ores. About 80 % of the bioleached copper
originates from projects with secondary copper ores. In terms of the remaining
20 %, low-grade primary ore is increasingly bioleached via dump/stockpile
leaching. Heap leaching of any copper ore has a recognized potential of expansion.
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Fig. 1 Development of the total mined copper production as well as share of leaching (chemical
and biological leaching), according to BGR databank research. SX-EW (solvent extraction-
electro winning) is a standard procedure for the production of cathode copper in the mining
industry
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It has been subject to the most significant investment to control the bioleaching
process at the level of growth of the microorganisms by understanding the
microbial ecology in order to improve the overall efficiency of the process. These
measures, as well as modeling of these operations, should be able to tackle the
challenge of making heap leaching applicable to primary copper ores as it is to
secondary ones. Among the forerunners in this field are BHP-Billiton, Codelco,
and Mintek [37]. Chile and Peru together have a stake of 42 % of global copper
mining and of 38 % of global copper reserves (BGR databank based on ICSG
Data, 2010). The ratio of the copper content of oxide to sulfide ores is about 1:4 in
Peru and 1:3 in Chile [154]. Further information on the geology of porphyry
copper ore deposits and its implications for metal recovery via biomining can be
found elsewhere [36, 179].

Assuming that oxide copper ore is usually processed by conventional chemical
acid leaching, the long-term stake of conventional leaching in copper production in
these two countries is about 20 % in Peru and 28 % in Chile. Today the proportion

Table 1 2010 status of annual copper production from projects employing bioleaching,
according to databank and literature research. The list of dump/stockpile leaching operations is
incomplete

Copper production from bioleaching projects

Country Operation Operator Process Cu in t

Australia Whim Creek Venturex 4.000
Australia Lady Annie CST Mining Heap leach 20.000
Chile Tres Valles Vale SA Heap leach 18.500
Chile Andina Division Codelco Stockpile/Heap

leach
25.000

Chile Escondida Sulfide
Lea

BHP Billiton Group Stockpile/Heap
leach

180.000

Chile Ivan Zar Cia Minera Milpo SA Heap leach 10.000
Chile Los Bronces Anglo American plc 50.000
Chile Quebrada Blanca Teck Resources Ltd Heap leach 85.000
Chile Spence BHP Billiton Group 120.000
Chile Radomiro Tomic Codelco Heap leach 100.000
Chile Collahuasi Xstrata Plc 60.000
Chile Cerro Colorado BHP Billiton Group Heap leach 100.000
Chile Andacollo Teck Resources Ltd Dump leach 10.000
Chile Zaldivar Barrick Gold Corp Heap leach 140.000
Chile Chuquicamata Codelco 20.000
China Zijinshan Copper Zijin Mining Group Co Ltd Heap leach 12.840
China Huogeqi Local Government Heap leach 20.000
Myanmar Monywa Rio Tinto, State of

Myanmar
Heap leach 9.000

Peru Cerro Verde Freeport-McMoran Heap leach 66.000
USA Morenci Freeport-McMoran Heap/Dump leach 230.000

Total 1,280.340
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of conventional leaching in Chilean copper production already amounts to about
23 %. A further increase can therefore only be achieved with difficulty. The
proportion of bioleaching in the total leached copper production in Chile amounts
to date to at least 42 % (918,500 t of Cu of a total of 2,160,000 t of Cu). An
increase of leached copper in the total copper production of Chile is only possible
in the long run if bioleaching of sulfide copper ores is further developed. Nowa-
days in Peru about 15 % of the produced copper originates from leaching pro-
cesses. The proportion of bioleached copper in the total production of leached
copper in Peru to date is about one third. It can be expected that the share of
leached copper will further rise in Peru because of the reinforced leaching of oxide
copper ores, as well as the bioleaching of sulfide ores.

2.1.2 New Developments

In view of the generally decreasing metal content of ore deposits or, respectively,
the increasing depth of economically feasible copper ore deposits, classic pro-
cessing technologies (grinding, flotation, roasting, and smelting) will lose their
importance. However, this trend may be compensated by discoveries of new high-
grade/-volume ore deposits and/or the introduction of alternative mining methods
that allow large-scale production, for example, the caving method in deep
underground mining operations (see below). With classic processing technologies,
the power demand increases in inverse proportion to the metal content in the ore;
that is, with very low metal content these conventional processes become
increasingly uneconomical. Hence, it can be anticipated that with the expected
dramatic increasing demand for raw materials, and considering the depletion of
oxide ores, the biohydrometallurgical processing of sulfide ores will play a more
important role in the future. In the case of copper, the biggest reserves exist as
primary copper sulfides, as, for example, chalcopyrite (CuFeS2). To date, the
processing of this type of copper ore by leaching is limited in operations that
usually apply heap bioleaching with mesophilic bacteria in the temperate range.
However, heap bioleaching is under optimization by improved monitoring and
modeling of the relevant parameters and processes including the microbial com-
munities in the heap ecosystem [22, 88, 120, 126, 128, 152]. Further research is
nowadays focused on the development of new biomining procedures for primary
copper sulfides. A high copper extraction rate could be achieved with bioleaching
using moderate thermophilic bacteria at approximately 50 �C or thermophilic
archaea (genera Acidianus, Metallosphaera, Sulfolobus) up to 80 �C [3, 34, 57,
114]. In pilot and demonstration scale, tank bioleaching as well as heap biole-
aching applications at high temperatures with high requirements to the material of
process equipment and to process control already exist [10, 28, 45, 179].
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2.1.3 Perspectives

The caving mining method, for example, the block caving method in the case of
underground production from porphyry copper deposits is comparable in cost and
production capacity to open pit mining and can be used, hence, also for low-grade
copper ores, in particular when the technical and economic depth limit for an open
pit mining operation is reached. A detailed description of this mining method can
be found elsewhere [85]. The application of the block caving mining method is
also planned for the transition from the open pit mining operation of Chuquica-
mata (Fig. 2) to an underground mining operation in Chile.

Because of the increasing dilution with waste rock in the case of an advanced
block caving operation, up to 25–30 % of the ore has to be left in situ [178]. After
the extraction of the ore from the block, which is carried out until a pre-calculated
cut-off grade is reached; ore intermingled with waste rock remains in the mining
block. Ore and waste materials in such a block are size reduced by natural frac-
turing and caving processes and resemble, with respect to structure and mineral
content, low-grade ore or waste dump/stockpile. Hence, it can be supposed that the
goaf area or, respectively, the abandoned working filled with caved-in rock and
ore, is accessible for in situ (or in-place) leaching.

To the best of our knowledge nobody has yet considered in pre-mine planning
stages the application of bioleaching for the ore losses originating in block caving.
The effectiveness of the mining operation could be increased and resource effi-
ciency be improved by taking into consideration in situ leaching utilizing caving
mining methods in the planning phase of large-scale mining projects.

Fig. 2 Open pit mining operation of Chuquicamata, Chile

8 A. Schippers et al.



The new underground mine at Chuquicamata, which will be commissioned in
2018, will use the block caving mining method to produce about 350,000 t of
copper content annually. Consequently with an assumed ore loss of 30 % due to
the caving mining method, about 105,000 t of prepared copper content would
annually remain in the abandoned blocks. Assuming a typical copper extraction
rate of 50 % for dump/stockpile bioleaching, additionally more than 50,000 t of
copper could be recovered by in situ post-leaching per year. This corresponds to
the annual production of a medium-sized copper mine. In addition to this middle-
or longer-term perspective within copper mining, bioleaching is already now of
interest for the treatment of concentrates those are not accepted in regular copper
smelters due to their high amounts of pollutant compounds (e.g., arsenic and
bismuth), their unfavorable polymetallic composition, or high transportation costs.

Newer activities have opened the door for metal extraction from mine waste or
processing residues (mine tailings, e.g., [29, 105, 151]). Furthermore, in the case of
mine tailings, biomining could additionally be an option for bioremediation of
mine waste that produces acid mine drainage, inasmuch as the removal of metals
from tailings for metal recovery also significantly reduces the source for acid mine
drainage formation. The bioleaching of base metal sulfide concentrates in stirred
tanks is today far from being a standard process. The feasibility of bioleaching was
shown not only for the production of copper, but also for a row of other metals
including nickel, gold, silver, and uranium. The production of metals relevant for
electronics such as indium, gallium, and germanium by means of bioleaching
could also be shown in the laboratory [169].

2.2 Gold

Gold is not leached biologically because oxidation of the gold, which exists in the
metallic state, does not take place. However, sulfidic iron and, perhaps, the arsenic
matrix, in which the gold is either bound in the crystal lattice or enclosed as a
particle, is biologically oxidized (biooxidation). The liberation of the originally
refractory gold is facilitated by extracting solubilized oxidized mineral compo-
nents. Afterwards the gold can be attacked by cyanide leaching [124].

The number of biooxidation projects in gold mining has strongly increased
since its beginnings in the 1980s and 1990s. At least 14 active gold projects with
biooxidation could be identified in the commercial project databank of the Min-
erals Economic Group (www.metalseconomics.com) and by other sources (BGR
databanks). These projects produced at least 84 t of gold and 161 t of silver in
2010 (Table 2). The share of biooxidized gold corresponds to about 3.3 % of the
total global production which amounted to about 2,450 t in 2010. For comparison,
there are 444 gold projects that produce gold by hydrometallurgical processes
either as main- or by-products. Their total gold production was about 1,950 t in
2010. Hence, the share of production derived from projects that include a

Biomining: Metal Recovery from Ores with Microorganisms 9

http://www.metalseconomics.com


biooxidation step in the processing route amounts to about 4.5 % of the total
hydrometallurgically produced gold.

Because the leachable gold deposits that occurred close to surfaces were
preferentially exploited in the past and are now going to be depleted [180], it can
be assumed that the future production of gold coming from refractory or low-grade
sulfide ores will increase significantly. Many of the newly developed, more deeply
situated gold deposits have to be assumed as refractory in terms of mineralogy,
because the gold is encased in sulfide minerals. In order to prepare these refractory
ores for cyanide leaching, a pre-treatment that includes oxidation of the sulfides is
required.

For many years the roasting of the sulfide ore was the only economical process
for a pre-treatment of sulfide ores prior to cyanide leaching. Another process that
can be used economically for the pre-treatment of rich sulfide ores and concen-
trates is the pressure oxidation in autoclaves. In the 1990s biooxidation as an
alternative pre-treatment process, particularly for low-grade sulfide gold ores, was
introduced. Biooxidation takes place in large-scale tank reactors set up in series in
which several process parameters such as temperature, pH, O2, and CO2 are
controlled. Optimum conditions for the metal sulfide-oxidizing bacteria are reg-
ulated. Because of the relatively slow process kinetics the residence time in the
bioreactor is up to a few days. In contrast to pressure oxidation, the general
advantages of biooxidation projects are the relatively low capital expenditures and
the ease of operability [93, 177].

There are 13 new projects that include biooxidation processes currently in the
project pipeline. These projects could additionally produce 26 t of gold in the next
several years. There are three different technical processes distinguished:

Table 2 2010 status of annual gold production from projects employing biooxidation processes,
according to databank and literature research

Country Operation Project operator Au in oz

Australia Fosterville NuEnergy Capital Ltd 112.000
Australia Tasmania BCD Resources NL 80.000
Australia Wiluna Franco-Nevada Corp 120.000
China Jiaojia 55.000
China Jinfeng Eldorado Gold 150.000
China Laizhou Shandong Tiancheng Biotechn. 65.000
Ghana Bogoso-Prestea Golden Star Resources 280.000
Ghana Obuasi Anglogold Ashanti 400.000
Kazakhstan Suzdal Nord Gold (Severstal) 72.000
New Zealand Reefton Royalco Resources Ltd 87.300
Peru Coricancha (Previously Tamboraque) Nyrstar 15.000
Russia Olimpiada Polyus Gold Mining 839.000
South Africa Fairview Pan African Resources PLC 98.000
Uzbekistan Kokpatas Navoi Mining 353.000

Total 2,726.300
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• Biooxidation in heaps for low-grade, refractory gold ores (e.g., applied by
Newmont Mining Corporation).

• Biooxidation in stirred tanks for refractory gold ores with higher content of gold
(e.g., applied by Gold Fields, BIOX� process).

• Coating of inert tailings material with sulfidic gold concentrates and its bio-
oxidation in heaps (e.g., applied by GeoBiotics).

Biooxidation in heaps: The reaction rate is relatively slow (months up to years
for a heap), but the operating expenses and capital costs are very low. Diminished
gold extraction in comparison to the other processes—between 50 and 75 % gold
recovery—is observed. Likewise the long operation time, because of the long-term
capital commitment, is considered a drawback in the case of the subsequently
applied heap cyanide leach process. The process can be profitable especially for
low-grade sulfide gold ores.

Biooxidation with stirred tanks: This process is characterized by a rapid reac-
tion rate. The capital costs and operating expenses are substantially higher in
comparison to the other processes, so that the application can only be used for
high-grade gold ores and gold concentrates. This is considered at the moment to be
the only biooxidation technology that is widely applied at industrial scale.

Biooxidation with thin layer technology (coating): This process lies with
respect to performance indicators and the technical-economic parameters between
the stirred-tank and heap leaching process.

2.3 Nickel, Cobalt, and Zinc

In comparison to copper leaching and the biooxidation of refractory gold ores and
concentrates, bioleaching of other metals, for example, nickel, cobalt, and zinc, is
still an exception. Bioleaching for the recovery of the above-mentioned metals is
only used when the framework conditions (low-grade or refractory character of the
ore, remoteness of the production plant) exclude conventional processing of the
ore. An example for heap bioleaching of polymetallic ore is the Talvivaara mine in
Finland, where nickel, zinc, copper, cobalt, and uranium are produced [123, 135].
According to the size of the planned production, in the future this project could
deliver about 3 % of the total primary nickel production.

In a stirred-tank bioleaching plant at Kasese, Uganda, 240 t of pyrite concen-
trate are oxidized daily for the production of cobalt, copper, nickel, and zinc
(Fig. 3 [105]). At Kasese about 1,100 t of cobalt per year are produced, corre-
sponding to 1.25 % of the world production of cobalt which amounted to about
88,000 t in 2010.
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2.4 Uranium

For chemical in situ leaching of uranium, an acid or alkaline digestion is applied
depending on the acid-consuming characteristics of the rocks in the deposit. For
this purpose, an oxidizing solution with complexing agents is introduced in the ore
deposit via bore holes and the uranium-enriched solution is pumped to the surface
for further processing.

In situ bioleaching of uranium ores is a procedure in which insoluble UO2 is
oxidized to water-soluble uranyl ions (UO2)2+ by means of microorganisms such
as At. ferrooxidans. In the process, U(IV) is oxidized to U(VI) and in a coupled
redox-reaction Fe(III) is reduced to Fe(II). The oxidizing agent Fe(III) for UO2 is
provided by the microbial Fe(II) oxidation as in copper biooxidation.

In 1984 Denison Mines, Ontario, Canada, commercially applied bioleaching of
uranium and produced 10–15 % of that mine’s total uranium production [99].

The current worldwide capacity of about 30 active uranium in situ leaching
projects is about 34,000 t of uranium contents. This is a third of the worldwide
production capacity for uranium. In situ leaching of uranium is considered to be

Fig. 3 Stirred-tank bioleaching plant at Kasese, Uganda (picture from BRGM/Kasese Cobalt
Company Ltd.)
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very efficient. The extraction efficiency is estimated to be within the range of
70–80 %. Environmental problems with respect to in situ leaching can originate
from uncontrolled seeping of the solution.

In Germany until 1990 uranium was extracted by means of dump leaching
(Ronneburg, Thuringia) as well as leaching mainly in blocks underground
(Königsstein, Saxony). In Königsstein, 5,755 t of uranium were recovered via
leaching from 1969 until 1990 (Franz Glombitza, personal communication).

2.5 Silicate, Carbonate, and Oxide Ores

The biotechnological processing of silicate, carbonate, and oxide ores on an
industrial scale does not exist yet. Application potential exists, for example, for the
production of lithium from spodumene, cobalt and nickel from laterites, or cobalt,
nickel, copper, and manganese from polymetallic deep-sea nodules (manganese
nodules [46, 53, 76]). Successful bioleaching of such ores by heterotrophic bac-
teria and fungi could be shown in the laboratory [18, 26, 77]. However, these
microorganisms require (as opposed to the autotrophic metal sulfide-oxidizing
bacteria and archaea) the addition of organic carbon (e.g., processed waste from
the agricultural or food industries). This makes control of heterotrophic biole-
aching processes more costly, and undesirable microorganisms may disturb these
processes under real industrial operation conditions. A new perspective for the
processing of silicate, carbonate, and oxide ores is offered by anaerobic biole-
aching, for example, by the recently developed Ferredox process [46]. In that case,
At. ferrooxidans is used, which solubilizes the ore, such as laterites, via Fe(III)-
reduction, coupled with the oxidation of added elemental sulfur under the exclu-
sion of aerial oxygen (anaerobic).

2.6 Metal Recovery from Waste

Metal recovery from waste is the topic of chap. 2 of this book, however, a brief
overview is given here. Mine tailings from former ore processing activities often
contain significant amounts of valuable metals. Thus, reprocessing of tailings
including bioleaching or biooxidation steps has been demonstrated as feasible in
laboratory to industrial scales [29, 105, 151]. Industrial residues including fly ash
from waste or coal combustion, slag, sludge, electronic scrap, and the like, can be
processed either with autotrophic microorganisms (Acidithiobacillus) and/or het-
erotrophic microorganisms, as already shown in laboratory or pilot scale [18, 26,
77, 91]. In addition, the extraction of metals from mine and industrial wastewater
by means of biotechnological processes (bioremediation/biosorption) has already
been applied. Also, some microorganisms have demonstrated the ability to form
nanoparticles, consisting of pure metals or metal compounds (biomineralization
[33, 78, 107]).
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3 Metal Sulfide Oxidizing Microorganisms

Bioleaching and biooxidation require acidophilic metal sulfide oxidizing micro-
organisms that in fact oxidize Fe(II) and/or sulfur compounds. Most described
acidophilic metal sulfide oxidizing microorganisms belong to the mesophilic and
moderately thermophilic Bacteria. The Archaea are usually extremely thermo-
philic (in addition to the genus Ferroplasma). Most industrial heap and tank
bioleaching operations run below 40 �C but operations at higher temperatures
promise higher reaction rates [3, 10, 118]. Most of these microorganisms fix CO2

and grow chemolithoautotrophically. A list of the metal sulfide oxidizing Bacteria
or Archaea, their phylogeny, and some of their physiological properties is given in
Tables 3, 4, and 5 (amended from [143]). The organisms can be separated into
three groups according to their optimum temperature for growth: mesophiles up to
*40 �C, moderate themophiles between *40 and *55 �C, and extreme ther-
mophiles between *55 and *80 �C. Further information on these microorgan-
isms can be found elsewhere [41, 68–70, 73, 75, 83, 84, 115, 121, 143, 190].

The role of microorganisms in the bioleaching process is to oxidize metal
sulfide oxidation [Fe(II) ions and sulfur compounds] products in order to provide
Fe(III) and protons, the metal sulfide attacking agents. In addition, proton pro-
duction keeps the pH low and thus, the Fe ions in solution. Aerobic, acidophilic
Fe(II) oxidizing Bacteria or Archaea provide Fe(III) by the equation:

2 Fe2þ þ 0:5 O2 þ 2 Hþ ! 2 Fe3þ þ H2O: ð1Þ

Aerobic, acidophilic, sulfur-compound oxidizing Bacteria or Archaea oxidize
intermediate sulfur compounds to sulfate and protons (sulfuric acid). Most relevant
is the oxidation of elemental sulfur to sulfuric acid inasmuch as elemental sulfur
can only be biologically oxidized under bioleaching conditions:

0:125 S8 þ 1:5 O2 þ H2O! SO2�
4 þ 2 Hþ: ð2Þ

The sulfur-compound oxidizing Bacteria or Archaea produce protons that
dissolve metal sulfides in addition to pyrite which is not acid-soluble. Pyrite is only
attacked by Fe(III) ions (not by protons) and therefore only dissolved by Fe(II)
oxidizing Bacteria or Archaea.

4 Bioleaching Mechanisms

The mechanisms of bioleaching have been intensively discussed in the recent past.
In the older literature ‘‘direct’’ versus ‘‘indirect’’ bioleaching is described [18, 54,
133]. Direct leaching means a direct electron transfer from the metal sulfide to the
cell attached to the mineral surface. Indirect leaching proceeds via the metal
sulfide oxidizing agent Fe(III) which is generated by Fe(II) oxidizing bacteria
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Table 3 Phylogeny of acidophilic, metal sulfide oxidizing microorganisms (amended from
[143])

Speciesa Phylum G ? C (mol %)

Mesophilic and moderately thermophilic bacteria
Acidiferrobacter thiooxydans Proteobacteria 63
Acidimicrobium ferrooxidans Actinobacteria 67–69
Acidithiobacillus albertensis Proteobacteria 61.5
Acidithiobacillus caldus Proteobacteria 63–64
Acidithiobacillus ferrooxidans Proteobacteria 58–59
Acidithiobacillus ferrivorans Proteobacteria 55.5
Acidithiobacillus thiooxidans Proteobacteria 52
‘‘Acidithiomicrobium P1/P2’’ Actinobacteria 55/51
Alicyclobacillus disulfidooxidans Firmicutes 53
Alicyclobacillus tolerans Firmicutes 49
Alicyclobacillus GSM Firmicutes 50.5
Ferrimicrobium acidiphilum Actinobacteria 55
Ferrithrix thermotolerans Actinobacteria 50
Leptospirillum ferriphilum Nitrospira 55–58
‘‘Leptospirillum ferrodiazotrophum’’ Nitrospira na
Leptospirillum ferrooxidans Nitrospira 52
Sulfobacillus acidophilus Firmicutes 55–57
Sulfobacillus benefaciens Firmicutes 50
‘‘Sulfobacillus montserratensis’’ Firmicutes 52
Sulfobacillus sibiricus Firmicutes 48
Sulfobacillus thermosulfidooxidans Firmicutes 48–50
Sulfobacillus thermotolerans Firmicutes 48
‘‘Thiobacillus plumbophilus’’ Proteobacteria 66
‘‘Thiobacillus prosperus’’ Proteobacteria 64
Thiomonas cuprina Proteobacteria 66–69
Mesophilic and moderately thermophilic archaea
Acidiplasma cupricumulans Euryarchaeota 34
‘‘Ferroplasma acidarmanus’’ Euryarchaeota 37
Ferroplasma acidiphilum Euryarchaeota 36.5
Extremely thermophilic archaea
Acidianus brierleyi Crenarchaeota 31
Acidianus infernus Crenarchaeota 31
Acidianus sulfidivorans Crenarchaeota 31
Metallosphaera hakonensis Crenarchaeota 46
Metallosphaera prunae Crenarchaeota 46
Metallosphaera sedula Crenarchaeota 45
Sulfolobus metallicus Crenarchaeota 38
Sulfolobus yangmingensis Crenarchaeota 42
Sulfurococcus mirabilis Crenarchaeota *44
Sulfurococcus yellowstonensis Crenarchaeota 45
a Listed in alphabetical order; G?C = mole% guanine?cytosine content of genomic DNA;
na = data not available; species without standing in nomenclature (http://www.bacterio.cict.fr/)
are given in quotation marks
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Table 4 Optimum and range of growth for pH and temperature of acidophilic, metal sulfide
oxidizing, microorganisms (amended from [143])

Speciesa pH
optimum

pH Minimum–
Maximum

Optimum
temperature (�C)

Minimum–Maximum
temperature (�C)

Mesophilic and moderately thermophilic bacteria
Acidiferrobacter

thiooxydans
2 [1.2 38 [5–47

Acidimicrobium
ferrooxidans

*2 na 45–50 \30–55

Acidithiobacillus
albertensis

3.5–4.0 2.0-4.5 25–30 na

Acidithiobacillus caldus 2.0–2.5 1.0-3.5 45 32–52
Acidithiobacillus

ferrooxidans
2.5 1.3–4.5 30–35 10–37

Acidithiobacillus
ferrivorans

2.5 1.9–3.4 27–32 4–37

Acidithiobacillus
thiooxidans

2.0–3.0 0.5–5.5 28–30 10–37

‘‘Acidithiomicrobium
P1/P2’’

2.5 na 50 na

Alicyclobacillus
disulfidooxidans

1.5–2.5 0.5–6.0 35 4–40

Alicyclobacillus tolerans 2.5–2.7 1.5–5 37–42 \20–55
Alicyclobacillus GSM 1.8 1.3– [ 2 47 \30–60
Ferrimicrobium

acidiphilum
2 [1.4 35 \37

Ferrithrix
thermotolerans

1.8 [1.6 43 \50

Leptospirillum
ferriphilum

1.3-–1.8 na 30–37 na–45

‘‘Leptospirillum
ferrodiazotrophum’’

na \1.2\ na \37\

Leptospirillum
ferrooxidans

1.5–3.0 1.3–4.0 28–30 na

Sulfobacillus
acidophilus

* 2 na 45–50 \30–55

Sulfobacillus
benefaciens

1.5 [0.8 38.5 \47

‘‘Sulfobacillus
montserratensis’’

1.6 0.7– [ 2 37 \30–43

Sulfobacillus sibiricus 2.2–2.5 1.1–3.5 55 17–60
Sulfobacillus

thermosulfidooxidans
*2 1.5–5.5 45–48 20–60

Sulfobacillus
thermotolerans

2–2.5 1.2–5 40 20–60

‘‘Thiobacillus
plumbophilus’’

na 4.0–6.5 27 9–41

‘‘Thiobacillus
prosperus’’

*2 1.0–4.5 33–37 23–41

(continued)
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either planktonic or attached to the mineral surface. Because a direct electron
transfer via enzymes, nanowires, and the like between the metal sulfide and the
attached cell has not been demonstrated, a direct mechanism does not seem to
exist. Instead, attached cells provide an efficient EPS-filled reaction compartment
for indirect leaching with Fe(III) [138, 140]. Thus, to avoid the terms ‘‘direct
leaching’’ and ‘‘indirect leaching’’, the new terms ‘‘contact leaching’’ and ‘‘non-
contact leaching’’ have been proposed for bioleaching by attached and planktonic
cells, respectively. A third term ‘‘cooperative leaching’’ describes the dissolution
of sulfur colloids, sulfur intermediates, and mineral fragments by planktonic cells
[124, 170]. These new terms may be useful for a description of the physical status
of cells involved in bioleaching, but they do not tell us anything about the
underlying chemical mechanisms of biological metal sulfide dissolution. Metal
sulfide oxidation can be described by two different pathways, namely the thio-
sulfate mechanism and the polysulfide mechanism (Fig. 4 [140, 145, 147, 148]).
The formation of the intermediate sulfur compounds in the two reaction pathways
depends on the mineralogy of the metal sulfide and the geochemical conditions in
the environment, mainly the pH and the presence of different oxidants [142].
Microorganisms play a crucial role in the oxidation of intermediate sulfur

Table 4 (continued)

Speciesa pH
optimum

pH Minimum–
Maximum

Optimum
temperature (�C)

Minimum–Maximum
temperature (�C)

Thiomonas cuprina 3.5–4 1.5–7.2 30–36 20–45
Mesophilic and moderately thermophilic archaea
Acidiplasma

cupricumulans
1–1.2 0.4–1.8 54 22–63

‘‘Ferroplasma
acidarmanus’’

1.2 \0–1.5 42 23–46

Ferroplasma
acidiphilum

1.7 1.3–2.2 35 15–45

Extremely thermophilic archaea
Acidianus brierleyi 1.5–2.0 1-6 *70 45–75
Acidianus infernus *2 1–5.5 *90 65–96
Acidianus sulfidivorans 0.35–3 0.8–1.4 74 45–83
Metallosphaera

hakonensis
3 1-4 70 50–80

Metallosphaera prunae 2–3 1–4.5 *75 55–80
Metallosphaera sedula 2–3 1–4.5 75 50–80
Sulfolobus metallicus 2–3 1–4.5 65 50–75
Sulfolobus

yangmingensis
4 2–6 80 65–95

Sulfurococcus mirabilis 2–2.6 1–5.8 70–75 50–86
Sulfurococcus

yellowstonensis
2–2.6 1–5.5 60 40–80

a Listed in alphabetical order; na = data not available; species without standing in nomenclature
(http://www.bacterio.cict.fr/) are given in quotation marks
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Table 5 Physiological properties of acidophilic, metal sulfide oxidizing microorganisms
(amended from [143])

Oxidation of

Speciesa Pyrite Other MSb Fe(II) Ions Sulfur Growth

Mesophilic and moderately thermophilic bacteria
Acidiferrobacter thiooxydans + na + + A
Acidimicrobium ferrooxidans + na + – F
Acidithiobacillus albertensis – + – + A
Acidithiobacillus caldus – + – + F
Acidithiobacillus ferrooxidans + + + + A
Acidithiobacillus ferrivorans + + + + A
Acidithiobacillus thiooxidans – + – + A
‘‘Acidithiomicrobium P1/P2’’ na + + + F
Alicyclobacillus disulfidooxidans + na + + F
Alicyclobacillus tolerans + + + + F
Alicyclobacillus GSM + na + + F
Ferrimicrobium acidiphilum + na + – H
Ferrithrix thermotolerans + na + – H
Leptospirillum ferriphilum + + + – A
‘‘Leptospirillum ferrodiazotrophum’’ na na + na A
Leptospirillum ferrooxidans + + + – A
Sulfobacillus acidophilus + + + + F
Sulfobacillus benefaciens + na + + F
‘‘Sulfobacillus montserratensis’’ + na + + F
Sulfobacillus sibiricus + + + + F
Sulfobacillus thermosulfidooxidans + + + + F
Sulfobacillus thermotolerans + + + + F
‘‘Thiobacillus plumbophilus’’ – + – + A
‘‘Thiobacillus prosperus’’ + + + + A
Thiomonas cuprina – + – + F
Mesophilic and moderately thermophilic archaea
Acidiplasma cupricumulans na + + + F
‘‘Ferroplasma acidarmanus’’ + na + – F
Ferroplasma acidiphilum + na + – F
Extremely thermophilic archaea
Acidianus brierleyi + + + + F
Acidianus infernus + + + + A
Acidianus sulfidivorans + + + + A
Metallosphaera hakonensis na + na + F
Metallosphaera prunae + + + + F
Metallosphaera sedula + + + + F
Sulfolobus metallicus + + + + A
Sulfolobus yangmingensis na + na + F
Sulfurococcus mirabilis + + + + F
Sulfurococcus yellowstonensis + + + + F
a Listed in alphabetical order; b MS Metal sulfides other than pyrite; A Autotroph; F Facultative
autotroph and/or mixotroph; H Heterotroph; na = data not available; species without standing in
nomenclature (http://www.bacterio.cict.fr/) are given in quotation marks
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compounds that are formed by the chemical dissolution of the metal sulfides.
Under oxic and acidic conditions relevant for bioleaching, microorganisms oxidize
Fe(II) to Fe(III), which serves as oxidant for the metal sufides and for most of the
intermediate sulfur compounds. Additionally microorganisms may catalyze the
oxidation of intermediate sulfur compounds to sulfate and protons (sulfuric acid).

Metal sulfides are conductors, semiconductors, or insulators and their metal and
sulfur atoms are bound in the crystal lattice [174, 189]. According to molecular
orbital and valence band theory, the orbitals of single atoms or molecules form
electron bands with different energy levels. The metal sulfides FeS2 (pyrite), MoS2

(molybdenite), and WS2 (tungstenite) consist of pairs of sulfur atoms [174] that
form nonbonding orbitals. Consequently, the valence bands of these metal sulfides
are only derived from orbitals of metal atoms, whereas the valence bands of all
other metal sulfides are derived from both metal and sulfur orbitals [15]. Thus, the
valence bands of FeS2, MoS2, and WS2 do not contribute to the bonding between
the metal and the sulfur moiety of the metal sulfide which explains the resistance
of these metal sulfides against a proton attack. The bonds can only be broken via
multistep electron transfers with an oxidant such as Fe(III). For the other metal
sulfides, in addition to an oxidant such as Fe(III), protons can remove electrons

Fig. 4 Scheme of the two metal sulfide oxidation pathways (mechanisms) via thiosulfate or via
polysulfides and sulfur based on the properties of metal sulfides (MS). In the case of bioleaching,
the reactions are catalyzed by acidophilic Fe(II)- and sulfur compound-oxidizing bacteria or
archaea (Tf, Tt, and Lf stand for Acidithiobacillus ferrooxidans, Acidithiobacillus thiooxidans,
and Leptospirillum ferrooxidans, respectively). Dashed lines indicate occurrence of intermediate
sulfur compounds [147]
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from the valence band, causing a cleavage of the bonds between the metal and the
sulfur moiety of the metal sulfide. Consequently, these metal sulfides are more or
less soluble in acid, whereas FeS2, MoS2, and WS2 are insoluble [31, 134, 140,
156, 171, 172].

Because two different groups of metal sulfides exist, two different metal sulfide
oxidation mechanisms have been proposed [140, 145, 147, 148]. These mecha-
nisms are able to explain the occurrence of all inorganic sulfur compounds that
have been documented for bioleaching environments.

4.1 Pyrite and Other Non-acid-Soluble Metal Sulfides: Thiosulfate
Pathway

Because FeS2 oxidation is also the most studied among metal sulfides (for reviews
see, e.g., [42, 44, 55, 96, 112, 129, 130, 142]), FeS2 is used as an example for the
three metal sulfides FeS2, MoS2, and WS2 here. After the initial attack of the
oxidant Fe(III), the sulfur moiety of FeS2 is oxidized to soluble sulfur interme-
diates. Moses et al. [106] and Luther [97] presented a detailed reaction mechanism
for FeS2 dissolution by Fe(III) in which thiosulfate is the first soluble sulfur
intermediate. According to this mechanism, hydrated Fe(III) ions oxidize the S2 of
FeS2 to a sulfonic acid group by several electron transfers. Due to this transfor-
mation, the bonds between Fe and the two sulfur atoms are cleaved and hydrated
Fe(II) ions and thiosulfate are formed. Thiosulfate as the first soluble sulfur
compound intermediate is then almost quantitatively oxidized to tetrathionate
[147, 181]. Tetrathionate is further degraded to various sulfur compounds, that is,
trithionate, pentathionate, elemental sulfur, and sulfite [42, 142, 147]. These sulfur
compounds are finally oxidized to sulfate in chemical and/or biological reactions.
Overall, the thiosulfate pathway can be summarized by the following equations.

FeS2 þ 6 Fe3þ þ 3 H2O! S2O2�
3 þ 7 Fe2þ þ 6 Hþ ð3Þ

S2O2�
3 þ 8 Fe3þ þ 5 H2O! 2 SO2�

4 þ 8 Fe2þ þ 10 Hþ: ð4Þ

The stoichiometry of the thiosulfate pathway has been confirmed in bioleaching
experiments with At. ferrooxidans, in which the stable isotopes of oxygen and
sulfur were determined in the pyrite oxidation reaction products [8].

4.2 Acid-Soluble Metal Sulfides: Polysulfide Pathway

In contrast to FeS2 oxidation, the metal–sulfur bonds in the acid-soluble metal
sulfides can be cleaved before the sulfidic sulfur is oxidized. These metal sulfides
such as As2S3 (orpiment), As4S4 (realgar), CuFeS2 (chalcopyrite), FeS (troilite),
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Fe7S8 (pyrrhotite), MnS2 (hauerite), PbS (galena), and ZnS (sphalerite) can thus be
dissolved by protons. At low pH, the sulfur moiety of these metal sulfides is
oxidized mainly to elemental sulfur [44, 101, 145]. A series of reactions for acid-
soluble metal sulfides inherently explains the formation of elemental sulfur via
polysulfides [145], which have been detected during dissolution of, for example,
Fe7S8 [166, 167], PbS [157], and CuFeS2 [66]. Consequently, the oxidation
mechanism for acid-soluble metal sulfides has been named the polysulfide
mechanism [145]. Although elemental sulfur is chemically inert in natural envi-
ronments, it can be biologically oxidized to sulfuric acid. Overall, the polysulfide
mechanism can be described by the following equations [145].

MSþ Fe3þ þ Hþ ! M2þ þ 0:5 H2Sn þ Fe2þðn� 2Þ ð5Þ

0:5 H2Sn þ Fe3þ ! 0:125 S8 þ Fe2þ þ Hþ ð6Þ

0:125 S8 þ 1:5 O2 þ H2O! SO2�
4 þ 2 Hþ: ð7Þ

The polysulfide pathway is in agreement with results of bioleaching experi-
ments with At. ferrooxidans, in which the stable isotopes of oxygen and sulfur
were determined in the products of chalcopyrite and sphalerite oxidation [9, 169].

5 Interfacial Processes in Bioleaching

Bioleaching is a process that takes place at the interface of (sulfide) mineral,
bacterium, and air/solution [87, 132, 137]. The majority of the leaching bacteria
grow attached on the surfaces of mineral sulfides. After inoculation of experiments
an important finding has been made: more than 80 % of inoculated cells can
disappear from the solution within 24 h in the case of a nonlimiting surface space
of the mineral [2, 7, 35, 58, 72, 111]. If the inoculum exceeds the available surface
area, some cells may remain in the planktonic state. Interestingly this occurs even
though the surface area is only less than 5 % covered by cells (unpublished data)
and, thus, the space on the surface of a metal sulfide must be nonlimiting for
attachment [139]. The reasons for this finding seem to be connected with elec-
trochemical phenomena and still are not fully elucidated. However, some
assumptions with a high probability are discussed.

The attachment process of bacteria to a mineral surface is predominantly
mediated by the extracellular polymeric substances (EPS) that surround the cells.
The EPS are the ‘‘contact substances’’ and consist chemically of sugars, lipids,
proteins, and nucleic acids and combinations thereof. Attachment/surface contact
stimulates the EPS production considerably up to 100-fold [111,173]. This effect is
based on the induction of plentiful genes and their products [11, 12, 175]. Recently
we were able to show that upon surface contact more than 75 proteins/genes were
induced in cells of At. ferrooxidans. This is equivalent to about 3 % of all genes
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and indicates the serious change in metabolism upon contact with a substrate/
substratum surface, respectively, surface growth. Furthermore, N-acylhomoserine
lactones via quorum sensing are involved in the process of surface attachment and
biofilm formation on mineral sulfides [59]. In the case of At. ferrooxidans strain R1
growing on pyrite, it was demonstrated unequivocally that these EPS consist of the
sugars glucose, rhamnose, fucose, xylose, mannose, C12–C20 saturated fatty
acids, glucuronic acid, and Fe(III) ions [57, 58]. The primary attachment occurs
mainly by electrostatic interactions between positively charged cells (actually the
EPS surrounding the cells, where 2 mol negatively charged glucuronic acid resi-
dues complex 1 mol positively charged Fe(III) ions resulting in a net positive
charge) with the negatively charged pyrite surface (at pH 2 in sulfuric acid solution
[13, 65, 159, 176]. Also hydrophobic interactions contribute somewhat to the
attachment to metal sulfide surfaces [58, 136], although this applies especially to
very hydrophobic surfaces, for example, those of elemental sulfur. Here, the
hydrophobic interactions may be the dominant ones for attachment. Hydrophobic
interactions as well as covalent bonds seem to mediate the secondary (tight)
surface attachment. In addition, attachment is dependent on the composition of the
EPS, the latter being a result of the growth history of the bacteria. Cells grown on
elemental sulfur do not attach to pyrite due to a considerably different EPS
composition and, thus, exhibit a lag-phase of several days after the inoculation to a
sulfur substrate. These EPS contain considerably fewer sugars and uronic acids,
but many more fatty acids than EPS of cells grown on pyrite. The most important
difference, however, is the total lack of complexed Fe(III) ions or other positively
charged ions. Consequently, exclusively hydrophobic interactions are relevant for
attachment of cells of At. ferrooxidans to sulfur [57]. This means as a consequence
that the bacteria are able to adapt the composition and also the amount of their EPS
to the growth substrate [planktonic cells grown with soluble substrates, e.g., Fe(II)
sulfate, produce almost no EPS]. Attachment to mineral surfaces is quite strong: a
simple treatment by whirling or shaking is insufficient for a quantitative removal of
the cells from the mineral surface. Even with the addition of detergents such as
Tween 20 only less than 10 % of the sessile cells can be removed and won for
analyses (unpublished data). The adhesion force for cells of leaching bacteria fall
in the range of 0.6 up to 1.1 nN between a single cell and the surface of the mineral
chalcopyrite [191]. Recent findings indicate that not all leaching bacteria are able
to attach to metal sulfide surfaces; for example, At. caldus needs a preformed
biofilm for attachment, preferentially by Leptospirillum ferrooxidans [56]. This
has serious consequences: in order to enhance bioleaching (as would be necessary
in technical applications such as heap leaching or with bioreactors) or to inhibit
this process (as intended in acid mine/rock drainage cases) it is necessary to
discover which member of a leaching consortium is the primary colonizer of metal
sulfides and which is only using a preformed biofilm. Furthermore, one needs to
discover whether all bioleaching bacteria attach specifically to metal sulfide
minerals or also unspecifically to gangue minerals to increase the efficiency of the
processes.
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The site for attachment on a mineral (sulfide or gangue material) and the
detection/sensing of this site by the cells are still open questions. There are
indications from the literature [6, 47, 49–51, 58, 59, 116, 141, 153] that attachment
to metal sulfides does not occur randomly but is a deliberate cell process. For
example, atomic force microscopy (AFM) images demonstrate that cells of At.
ferrooxidans preferentially ([ 80 %) attach to sites with visible surface imper-
fections (scratches, etc.; Fig. 5). If one looks at the surface in the nanoscale, the
crystal units become visible. The crystal units of pyrite have a size in the range of
20–50 nm (Fig. 6). This means that one attached cell of, for example, At. ferro-
oxidans, measuring 0.5 by 0.3 lm on average, covers several crystal units. If one
of these crystals has a defect, it is practically impossible to localize this same
crystal under the bacterium with the currently available instrumentation. Such
imperfections can be defects in the crystal lattice such as nonstoichiometric iron-
to-sulfur ratios in pyrite as an example (1 to 2, but there may be deficiencies in
sulfur such as FeS2-x). Furthermore, attachment to areas with a low degree of
crystallization (= amorphous) is favored and the attached cells seem to orient

Fig. 5 High-resolution AFM
image of cells of
Acidithiobacillus
ferrooxidans on a pyrite
surface with surface defects
(contact in air; Gehrke et al.
1998)

Fig. 6 High-resolution AFM
image of a cell of
Acidithiobacillus
ferrooxidans on a pyrite
surface showing the crystal
units of the pyrite with a
diameter of 20–50 nm
(contact in air, Telegdi and
Sand, unpublished)
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themselves along crystallographic axes/planes (e.g., \ 100 [ or \ 110 [ plane
orientation), in whose direction oxidation fronts may propagate (Fig. 7). Whereas
adhesion to scratches might be explained by mere contact area enhancement, areas
with low crystallization and crystallographic axis are often not related to changes
in surface topography. Therefore, attachment to specific sites on the mineral
surface may be principally related to different attractants, most likely caused by
charge imbalances on the surface as discussed above or as a result of the orien-
tation of the crystal planes, which cause the bacteria to face either an atomic iron,
sulfur, or a mixed iron–sulfur surface. Different attractants may also be released by
previous chemical and/or biological oxidation processes. Both At. ferrooxidans
and L. ferrooxidans have clearly been shown to possess a chemosensory system–
chemotaxis reacting positively to gradients of Fe(II)/(III) ions, thiosulfate, and the
like [1, 103]. These compounds occur compulsorily in the course of metal sulfide
dissolution (Fig. 4). Dissolution occurs in an electrochemical sense at local anodes
bringing Fe(II) ions and thiosulfate in solution in the case of pyrite. A review on
the anodic and cathodic reactions is given by Rimstidt and Vaughan [129]. It may
be speculated that these local anodes are the sites towards which the cells are
chemotactically attracted. These anodes and cathodes may result from the above-
mentioned imperfections in the crystal lattice (with iron-to-sulfur ratios not exactly
1 to 2), an inclusion of other metal atoms (heteroatoms, the concentration may
reach several percent of the whole crystal matrix) during the process of crystal-
lization (from saturated solutions), and/or from variations of temperature during
crystallization (causing amorphous up to highly crystalline structures).

Experiments with a Kelvin probe to measure surface potential on minerals were
used to detect local anodes and cathodes on a pyrite surface. These experiments
remained unsuccessful due to a lateral resolution of the instrument of 10 lm [58].
Obviously, an increased resolution is necessary given that a bacterial cell is about
0.5 up to 1 lm and a unit crystal of pyrite is in the range of 20–50 nm.

Fig. 7 Scanning electron micrograph of a pyrite particle after 5 months bioleaching (Telegdi and
Sand unpublished) exhibiting preferential attack on the pyrite lattice along planes
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The limitations of the Kelvin probe can be overcome by the recently developed
combination of an atomic force microscope (AFM) with a Kelvin probe. Present
work using an AFM equipped for Kelvin probe force mapping (Kuklinski and
Sand, unpublished data) indicates that the cells of L. ferriphilum attached to a
pyrite surface are more negatively charged (about 100–200 mV) than the sur-
rounding surface. This can be interpreted as the cells being able to extract electrons
from the pyrite (Fig. 8). In another case of a biological dissolution of materials,
here biocorrosion of steel by sulfate-reducing prokaryotes, Little and White with
coworkers [92] were looking for the attachment sites of sulfate-reducing bacteria
on steel surfaces. They detected that the bacteria were attached in the immediate
vicinity (nanometer range) of the anode. Consequently, the cathode must be either
in the vicinity of the anode (because sulfate-reducing bacteria preferentially attach
to negatively charged sites) or the transiently negatively charged anodes attracted
the bacteria and caused them to attach at these sites. As a consequence of bacterial
attachment, the anode (and most likely the cathode) become permanent (manifest),
and steel dissolution commences. This mechanism also seems to be fully appli-
cable to the bioleaching of metal sulfides.

To summarize, cells are attracted to transiently (electrically) charged dissolu-
tion sites by their chemotactic sensory system and cause the anodes and cathodes
on the metal sulfide or the metal surface to become permanent. The dissolution
process occurs in the EPS layer (Fig. 9). This layer fills the void volume between
the outer membrane (of the cells) and the material’s surface (of the metal sulfide)
and can thus be considered as a reaction space. The pioneering work of Tributsch

Fig. 8 Electrochemical analysis by Kelvin probe microscopy (KPM): Surface potential mapping
of a colony of Leptospirillum ferriphilum versus pyrite surface (contact in air, Biomaterials
workstation, Kuklinski, Noel and Sand, unpublished)
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and coworkers [131] demonstrated that between the cells and the material’s sur-
face there exists a distance of several nm width. More precise measurements do
not exist. In the case of metal sulfides such as pyrite, which need an oxidizing
attack by Fe(III) ions for dissolution, the EPS-complexed Fe(III) ions must fulfill
this function. However, this very process is not at all understood. Currently, the
most likely explanation is based on two plausible assumptions. In order for these
ions to become reduced (to take up an electron from the metal surface, which in
turn becomes oxidized and thus starts to dissolve liberating Fe(II) ions, thiosulfate,
etc.) the first assumption considers the electron tunneling effect. It is known that
electrons can bridge distances of up to 2 nm (20 Å) by tunneling from one electron
hole to another [102]. All abundantly commercially available enzyme electrodes
are based on this effect. Consequently, the Fe(III) ions have to be exposed to the
pyrite surface within this distance (to be reducible by tunneling electrons). Con-
sidering the 2 nm distance between the cell membrane and the substrate surface,
this hypothesis seems to be reasonably sound and would serve as an explanation
for the reduction of the Fe(III) ions. The second assumption is that Fe(II) ion–
glucuronic acid complexes are less stable than the corresponding Fe(III) ion
complexes. This has been demonstrated for various iron–carbonic acid complexes
(NIST [110]). Consequently, Fe(II) ions produced by the cathodic electron transfer
may be released from their EPS chelators, the two glucuronic acid residues. The
remaining uronic acid residues will recruit a new Fe(III) ion at the pyrite surface
out of solution as it stands in equilibrium with the dissolved ones, as well as other
complexed Fe(III) ions. If the now mobile Fe(II) ions diffuse towards the outer
membrane, they will be (re)oxidized by the enzymatic system of the cells and can
enter the cycle by (re)complexation by two glucuronic acid residues. Conse-
quently, in such a system Fe(II)/Fe(III) ions serve as electron shuttle compounds.

Fig. 9 Scheme of a cell of Acidithiobacillus ferrooxidans on the surface of the substrate pyrite
with the surrounding EPS layer indicating the dissolution process (bioleaching [138])
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These two assumptions currently underpin the most likely explanation of the
complex electrochemical mechanism of (bio)leaching of metal sulfides. Further-
more, the biocorrosion of metals seems to be a comparable process using similar
reactions.

The chemical reactions occur outside the cells, in fact outside the outer
membrane, but still within the EPS-generated microenvironment (Fig. 9). Similar
observations have been recorded for Geobacter by Lovley et al. [95] explaining
the use of this bacterium for bioelectricity.

6 Anaerobic Bioprocesses in Mineral Leaching and Metal
Recovery

6.1 Anaerobic Bioleaching of Oxidized Ores

Biomining is currently known as a technology that focuses on the oxidative dis-
solution of reduced sulfidic ores by microorganisms. Large amounts of valuable
metals are, however, hosted in oxidized nonsulfidic (mostly ferric iron-based) ores,
which are not yet subject to aerobic industrial bioleaching processes. With the
decline of sulfidic ores and increasing demand for valuable metals (e.g., nickel),
novel technologies focusing on the dissolution of reduced ores under anaerobic
conditions become more and more attractive [52, 53, 79].

In 1983 Goodman et al. [61] predicted anaerobic leaching in a pyritic waste
rock dump, where they discovered high cell numbers at 3-m depth (oxygen \ 0.1
vol %, CO2 [ 2 vol %) and the highest copper concentrations in the dump. In
their laboratory-scale experiments 63 % zinc was recovered from a zinc–iron
sulfide under CO2-rich, O2-free atmosphere in a ferric-rich solution at pH 2.5.
Donati et al. [39] confirmed the anaerobic leaching of covellite in the presence of
ferric iron-reducing At. ferrooxidans. Sulfur formed during the chemical attack of
covellite by ferric iron serves as an electron donor for iron reduction by At.
ferrooxidans which is followed by an increase of copper leaching from covellite.
Anaerobic processes find another useful application in copper leaching from
chalcopyrite, which is inhibited by high concentrations of ferric iron but enhanced
by ferrous iron [165]. Dissolution of chalcopyrite is therefore most efficient at low
redox potentials in solution which is concurrent with high ferrous iron and low
ferric iron concentration. The appropriate redox potential for chalcopyrite leaching
can be achieved by controlling the oxygen supply to the system, which either
allows the bacteria to oxidize ferrous iron (aerobic phase) or to reduce the ferric
iron (anaerobic conditions; coupled to sulfur oxidation) in solution [165]. Hol et al.
[76] confirmed an enhanced gold recovery from enargite by a combined milling
and bioreduction process. The sulfur formed on the surface of the ore during
milling, interfering with the gold recovery, is removed by sulfur-reducing bacteria
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under mild acidic conditions (pH 5), forming hydrogen sulfide, allowing more
efficient gold recovery.

Many acidophilic bacteria and archaea are able to reduce ferric iron under
anaerobic (or microaerobic) conditions [30], and many of these (e.g., At. ferro-
oxidans) are also well known for their ability to oxidize ferrous iron and already
used in (oxidative) biomining operations (see above). The majority of acidophilic
bacteria are known to reduce ferric iron under anaerobic or microaerobic condi-
tions coupled to the oxidation of either inorganic (e.g., sulfur, hydrogen) or low-
weight organic compounds [25, 32, 122, 163]. Please see Table 6.

Acidophilic, iron-reducing bacteria are not only able to reduce soluble ferric
iron but also have the ability to use ferric iron minerals as electron acceptors [23,
24]. When using ferric iron minerals as substrate, the mineral structure is destroyed
by the bacteria and associated metals are released, a process also known as
‘‘reductive dissolution’’ and which has recently been applied to nickel laterites.

6.1.1 Reductive Dissolution of Laterites

Laterites contain *72 % of the terrestrial nickel and cobalt resources in the world
and are most abundant in the tropics. These oxidized nickel ores mostly occur as

Table 6 Acidophilic bacteria able to grow by ferric iron reduction (anaerobic respiration)

Species Atmosphere required for ferric iron
reduction

Electron donor

Acidithiobacillus
ferrooxidans

Anaerobic Reduced S0, H2

At. ferrivorans Anaerobic Reduced S0

Acidiferrobacter thiooxydans Anaerobic Reduced S0

Ferrimicrobium acidiphilum Anaerobic Organic
Acidimicrobium ferrooxidans Anaerobica Reduced S0,

organic
Ferrithrix thermotolerans Anaerobic Organic
Sulfobacillus acidophilus Anaerobica Reduced S0,

organic
Sb. thermosulfidooxidans Anaerobica Reduced S0,

organic
Sb. benefaciens Anaerobic Organic
Acidicaldus organivorans Anaerobic Organic
Acidiphilium cryptum Microaerobic Organic
A. acidophilum Microaerobic Organic
A. angustum/rubrum Microaerobic Organic
A. organovorum Microaerobic Organic
A. multivorum Microaerobic Organic
Acidocella facilis Microaerobic Organic
Acidobacterium capsulatum Microaerobic Organic

a Also capable of ferric iron reduction under microaerobic conditions
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limonite-types, where the target metal is associated with a host mineral, mainly
ferric minerals (such as goethite), and saprolite-types, containing nickel-hosting
magnesium silicates. Limonite typically consists of 40 % ferric iron, 11.3 % sil-
icium, 1.4 % nickel, 1.3 % manganese, 1.3 % chromium, 1 % aluminum, and
0.2 % cobalt. Cobalt in the laterites is also associated with asbolane, a manganese
oxyhydroxide, in which manganese, as does ferric iron, occurs in the oxidized
form.

To release nickel from the goethite structure, laterites are conventionally hy-
rometallurgically processed under high pressure/temperature to break up the strong
bond between ferric iron and oxygen [100]. This procedure is not only highly
energy consuming, but also induces the co-dissolution of gangue minerals, causing
the subsequent metal-recovering step to be more complex and cost-intensive.

Proposed biological processes for laterite leaching to date include the use of
chelating agents, such as citric acid, produced by heterotrophic fungi [16]. How-
ever, in addition to the low leaching capacity of the chelating agents for the target
metals, the approach causes high substrate costs. Experiments using sulfuric acid
produced by acidophilic sulfur-oxidizing bacteria belonging to the genus Acidi-
thiobacillus seemed a better approach for nickel extraction [29, 155], although
slow dissolution kinetics limit the process.

A novel recently developed bioprocess allows leaching of nickel and cobalt
under acidic conditions and at ambient temperature (30 �C) by iron-reducing
bacteria (autotrophic or heterotrophic) that are able to dissolve the goethite
structure [71]. The process utilizes a low-cost electron donor (sulfur) whereby
electrons are shuffled from sulfur to ferric iron according to Eq. (8).

S0 þ 6 FeO OHð Þ þ 10 Hþ ! SO2�
4 þ 6 Fe2þ þ 8 H2O: ð8Þ

The iron-reducing bacteria involved in this process belong to species At. fer-
rooxidans and reduce ferric iron under anaerobic conditions coupled to the oxi-
dation of elemental sulfur. The reductive dissolution process catalyzed by At.
ferrooxidans at low pH (1.8) and ambient temperature (30 �C) achieved over 70 %
extraction of nickel from the limonitic laterite within 14 days, which is up to seven
times more effective then the same set-up under aerobic conditions. Reduction of
manganese in the asbolane is also enhanced under the present conditions and either
occurs indirectly via the ferrous iron produced from goethite (Eq. 9), in the case
for cultures of At. ferrooxidans, or in the presence of manganese-reducing bacteria
similar to ferric iron reduction (Eq. 10 [94]).

Mn3O3 OHð Þ6 þ 6 Fe2þ þ 12Hþ ! 3 Mn2þ þ 6 Fe3þ þ 9 H2O ð9Þ

Mn3O3 OHð Þ6 þ S0 þ 4 Hþ ! 3 Mn2þ þ 5 H2O þ SO2�
4 ð10Þ

Another advantage of the set-up is the low pH at which the system operates,
which keeps the metals in solution and allows subsequent metal recovery.

Although a heterotrophic, moderate thermophilic organism, Acidicaldus orga-
nivorans, was tested positive for the reductive dissolution of goethite (coupled to
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an organic electron donor), the disadvantages of using organic substances and the
costs of achieving elevated temperatures (45 �C) would probably offset the
process.

du Plessis et al. [46] proposed a flow sheet process, the Ferredox process,
including the reductive dissolution of the limonitic ore and metal recovery as well
as removal of impurities and regeneration of sulfuric acid required for the laterite
dissolution (see Fig. 10). The core components of the Ferredox process are the
reductive leaching coupled to sulfur oxidation by At. ferrooxidans, producing a
ferrous-rich PLS, followed by the recovery of valuable metals (e.g., nickel, cobalt)
from the solution. Ferrous iron is oxidized in the next step by aerobic, iron-
oxidizing bacteria (see above) resulting in a ferric-rich liquor that can either be
directly used for sulfuric acid regeneration or iron precipitated as iron-
(oxy)hydroxide, which is again used for acid regeneration.

The ferrous iron contained in the laterite pregnant leach solution (PLS) is a
major advantage to solutions containing the oxidized form, since ferric iron would
interfere with conventional recovery methods for nickel and cobalt [182], and
therefore needs to be removed from the solution prior to further treatment.

Recovery of nickel and cobalt (and other target metals) can be achieved without
further pH adjustment by either direct sulfide precipitation or via solvent extrac-
tion or ion exchange [98]. Although sulfide precipitation is not selective for nickel
and cobalt, because of their highly similar solubility products (see Table 7),
separation from iron and further possible metals (e.g., copper and zinc) can be
achieved by this method [91, 104, 108].

Fig. 10 Modified scheme of the Ferredox process [46] for reductive dissolution of limonitic
laterite ore under anaerobic conditions and metal recovery
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Iron in the PLS can be recovered via microbial iron oxidation and subsequent
ferric iron mineral formation either prior to the metal sulfide formation or after-
wards [74, 182].

Although the process operates under less acidic conditions than other common
treatments, a reasonable amount of sulfuric acid (Eq. 8) is required, mainly for the
acid dissolution of goethite. Therefore du Plessis et al. [46] suggested a circular
process that allows the regeneration of sulfuric acid. Acid generation can be
achieved by utilizing the ferric-rich liquor, produced in the iron oxidation step, in a
packed-bed reactor containing sulfur and iron-reducing bacteria. The microor-
ganisms reduce the ferric iron coupled to sulfur oxidation (Eq. 11) and produce
sulfuric acid, which together with the colonized sulfur can be reintroduced into the
reductive leaching process.

S0 þ 6 Fe3þ þ 4 H2O! SO2�
4 þ 6 Fe2þ þ 8 Hþ: ð11Þ

The amount of sulfuric acid produced by the regeneration is, however,
restricted by the lower pH limit of the bacteria, in the case of At. ferrooxi-
dans *1.3. Additional acid required for the reductive leaching can either be
produced from a sulfur-burning acid plant [89] or by schwertmannite/jarosite
autoclave treatment which results in hematite and the release of acid [43].

Another factor that requires controlling the process is the production and
removal of impurities, such as soluble manganese and magnesium sulfates pro-
duced during leaching of the laterite. Although the mild acidic conditions limit the
dissolution of such compounds, their presence has a negative influence on the
bacterial activity. du Plessis et al. [46] therefore integrated a bleed stream treat-
ment (reviewed in Willis [182) which harnesses sulfate-reducing bacteria to
remove sulfate and generate alkalinity, following separate recovery of MnCO3 (a
saleable product) and MgCO3. The hydrogen sulfide produced during the process
can again be used to precipitate metal sulfides from the pregnant leach solution.

Depending on the leaching kinetics, du Plessis et al. [46] suggest the process
either be carried out in agitated tank reactors (rapid kinetics) or vat/submerged
pond leaching set-ups (slow kinetics). The mild acidic conditions allow the use of
a relatively low-cost building material and no strict anaerobic conditions are
required because At. ferrooxidans is also able to oxidize sulfur and reduced iron
under aerobic conditions and thereby burn up all the oxygen. The authors also

Table 7 Solubility product
of some metal sulfides [161]

Metal sulfide Log KSP

CdS 28.9
CoS 22.1
CuS 35.9
FeS 18.8
MnS 13.3
NiS 21.0
ZnS 24.5
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suggest recirculating unused sulfur which has the advantage of saving electron
donor costs and reintroducing the biomass immobilized on the sulfur would
increase the leaching rate and process efficiency.

The operation under mild acidic conditions and ambient temperature, as well as
the subsequent selective precipitation of valuable metals is a major advantage of
the Ferredox process over conventional processes. There are, however, also dis-
advantages in the Ferredox process that need to be investigated and improved such
as the high interdependency of the large recirculation stream with the risk of
dropping out one of the parts affecting the overall process. Biological processes
compared with high-intensity processes are relatively slow and require longer
residence times with the need for larger reactor sizes. Also more stringent process
controls are required compared to abiotic processes, to ensure appropriate condi-
tions for the bacteria.

Although the Ferredox process has mainly been described for limonitic ores,
with goethite being one of the main host minerals for valuable metals, this process
can also be advantageous for the reductive dissolution of other oxidized (ferric-
iron based) ores. As outlined in Fig. 10, the modularization of the process allows
the optional integration of variable treatment units depending on the processed ore
until a complete core process is established. This modular set-up ensures con-
trolling of costs depending on process certainty and metal production and also acts
as a buffer against upsets in individual process units.

6.2 Selective Metal Recovery from Mine-Impacted Waters

Process waters, for example, resulting from mineral leaching, as well as waters
draining abandoned metal mines are (extremely) acidic and rich in various tran-
sition metals, aluminum, and sulfate [113]. The acidic character of the waters
allows the metals to stay in solution until further processing.

Conventional remediation of acidic mine waters by aeration (oxidation of, e.g.,
ferrous to ferric iron) and neutralization (addition of alkalizing chemical), results
in a mixed metal sludge (metal hydroxides, carbonates, and co-precipitation of,
e.g., arsenate), which requires special deposition in designated landfill sites [81].
Despite major drawbacks, including high costs for reagents and operation, con-
ventional chemical approaches fail to recover valuable metals. Anaerobic bio-
logical approaches (compost bioreactors) where metals are immobilized also do
not selectively recover metals but produce spent compost, which is a waste product
[81] and poses long-term environmental consequences. Approaches using hydro-
gen sulfide, produced by neutrophilic, sulfate-reducing bacteria, for offline metal
sulfide precipitation (in a separate vessel) have been described as an alternative
method to hydroxide precipitation [164 and references therein]. Two commercial
processes based on the offline precipitation (ThioTeq, operated by the Dutch
company Paques BV, and BioSulfide, operated by the Canadian company BioteQ)
have been developed on a large scale. Both systems consist of at least two
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components, with separate biological (hydrogen sulfide formation) and chemical
(metal sulfide precipitation) steps, which increase engineering and operation costs.
Alternative active biological treatment systems, one using iron-oxidizing acido-
philic bacteria for the selective recovery of iron [74, 79] and the other one using
acidophilic sulfate-reducing bacteria, allowing selective recovery of metals as
sulfides [108], have recently been described as laboratory-scale or pilot-scale
systems. While the iron-oxidizing system operates under aerobic conditions and
favors the precipitation of schwertmannite (a potentially valuable mineral), the
sulfate-reducing system requires anaerobic conditions and produces metal sulfides.
Both systems can be operated inline because the formation of clean products (free
of other metals) has been shown for each system [74, 108]. The iron-oxidation
system is only suitable for the recovery of iron, however, the sulfate-reducing
system allows the selective recovery of various chalcophilic metals (e.g., zinc and
copper) depending on the solubility products of their sulfite phases.

6.2.1 Selective Metal Recovery from Acidic Waters in a Sulfidogenic System

Conventionally biological sulfate-reducing systems utilize neutrophilic, sulfate-
reducing bacteria, which are extremely sensitive to acidic solutions (such as the
mine-affected waters). These systems only allow offline precipitation of metals
from acidic mine waters in a separate tank, with the SRB-system functioning as a
hydrogen-sulfide producing unit.

A novel acidophilic, sulfate-reducing system, using glycerol as the electron
donor, has been developed and successfully tested on a laboratory scale for
selective metal sulfide precipitation [108]. This system combines sulfate-reduction
and metal sulfide precipitation in one vessel, which reduces the engineering
complexity and operation costs. The bacteria are immobilized on porous glass
beads in a 2.3-L (working volume), pH-controlled bioreactor which can be
operated in a pH range of 2.2 and 5.0, whereby the quantitative composition of the
bacterial community varies with pH. The sulfate-reducing community in the
system includes ‘‘Desulfosporosinus acidophilus’’ M1, ‘‘Desulfobacillus acidavi-
dus’’ strain CL4, and Firmicute CEB3, and is also often associated with the het-
erotrophic strain Acidocella PFBC and the iron/sulfur-oxidizer At. ferrooxidans.
The sulfate-reducing bacteria produce hydrogen sulfide by reduction of sulfate or
elemental sulfur coupled to an organic (e.g., glycerol) or inorganic (e.g., hydrogen)
electron donor. The hydrogen sulfide produced occurs as S2– in solution, the
concentration of which is determined by its two dissociation constants (pKa’s: H2S/
HS–, 7; HS-/S2–, *12) and therefore regulated by the solution pH [160].

The system described by Ñancucheo and Johnson (2012) has been operated
with various acidic mine waters containing elevated metal concentrations (e.g.,
30 mM aluminum or 100 mM ferrous iron) and successfully applied for the
selective recovery of zinc and copper. Flow rates of the system depend on the rate
of sulfate reduction and therefore consumption of protons to activate the pH-
controlled feed-liquor pump. The system can be configured depending on the type
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of mine-affected water (e.g., type of metals and pH) by varying the internal pH or
in combination with a pre-treatment for the removal of interfering metals (such as
iron).

Processing of mine waters by acidophilic sulfate reduction not only has the
advantage of being able to selectively recover valuable metals, but also facilitates
the pH increase (proton-consuming reaction) and sulfate removal during the
process. Another benefit of the acidophilic sulfidogenic system is the low building
and operations costs, whereby the size of the reactor depends on the nature of the
processed water (flow rate, metal concentration, and pH). The substrate (glycerol)
used in the system, is with its current price of *US$650/t a low-cost chemical,
compared to metal prices of, for example, *US$8,000/t for copper and $2,000/t
for zinc, making the process even more attractive over conventional methods.

7 Bioleaching with Heterotrophic Microorganisms

Two large groups of bioleaching microorganisms are distinguished by their
metabolism: autotrophic (here chemolithoautotrophic) and heterotrophic (che-
moorganoheterotrophic) microorganisms. Bioleaching processes with autotrophic
microorganisms were presented above; here leaching processes with heterotrophic
bacteria and fungi are introduced. Some heterotrophic bacteria and fungi are
known for their ability to leach metals especially from oxidic, siliceous, and
carbonaceous materials. Unlike autotrophs, heterotrophic microorganisms utilize
organic substances as a carbon and energy source. In laboratory research, model
substrates (e.g., sugars combined with mineral solutions) are used for leaching
experiments with heterotrophs. In practice, less expensive complex organic sub-
strates would be applied, such as molasses or other food industry waste.

Heterotrophs can use manifold mechanisms to solubilize metals from ores and
minerals. They excrete H3O+, complexing or chelating organic acids, for example,
oxalate, citrate, gluconate, and lactate, but also amino acids, peptides, lipides,
exopolysaccharides, enzyme complexes, or even cyanide ions, which solubilize the
metals or other elements from solid materials [17, 183]. The concerted action of
several of these substances can cause a synergistic effect on the solubilization of
the metals. Another solubilization mechanism is the reduction or oxidation of
metals and other element species by heterotrophic microorganisms. In the case of
metal oxide ores, anaerobic microbial reduction and thereby solubilization of the
metals is one of the most promising applications for industrial use (see Sect. 6).

The disadvantages of leaching with heterotrophs are the enhanced costs due to
the need for organic substrates, possible contamination of the bioleaching process
with undesired microorganisms, and enhanced safety measures due to the occur-
rence of potentially pathogenic organisms (e.g., fungal spores). These reasons
might have prevented large industrial application of leaching processes until today.
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In ancient times leaching processes with heterotrophic microorganisms were likely
to have been applied for discoloring kaolin in China for the production of high-
grade porcelain. Nevertheless, due to the variation of excreted leaching substances,
the large number of potential bioleaching microorganisms as well as a broad
available pH spectrum, bioleaching with heterotrophs has wide application
potential for the recovery of valuable metals or the beneficiation of minerals.

7.1 Application Potential of Bioleaching with Heterotrophs
to Ores, Minerals, and Waste

For several decades bioleaching processes with heterotrophs have been the subject
of a large variety of research [18, 26, 77, 90, 183]. Even nonsulfidic and non-
ferrous ores and minerals can be leached by heterotrophic microorganisms.
Compared to bioleaching processes with acidophilic autotrophic microorganisms,
bioleaching can even be performed with alkaline materials such as carbonate-rich
copper ores, without the addition of acid. Furthermore, bioleaching processes with
heterotrophs could also be used for the biobeneficiation of minerals, including
silicates, kaolin, bauxites, or black shales. By using heterotrophic microorganisms,
especially fungi, iron is removed from such materials and its quality is signifi-
cantly enhanced [5, 27, 62, 162]. Examples of the application potential for bi-
oleaching with heterotrophic microorganisms are:

• Copper oxides and carbonates
• Manganese oxides
• Refractory gold ores
• Refractory silver ores
• Oxidic nickel ores
• Cobalt ores
• Quartz sands and silicates
• Spodumene
• Zircon
• Bauxites, to remove undesirable minerals
• Zinc ores
• Silicate ores containing chromium, iron, and titanium.

Another application of bioleaching processes with heterotrophic microorgan-
isms may be the recovery of metals from industrial and mining wastes [67, 109,
Chap. 2]. A recovery of the metals might be feasible, which can help to close the
presently incomplete cycles of anthropogenic metal usage. The microbial solubi-
lized metals can be recovered by further concentration, cementation, extraction,
precipitation, and electrolysis processes. In this way, the metal content of the waste
materials could be reduced, and the bulk material could be disposed of with lower
environmental risks, or be further used as a secondary raw material.
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7.2 Bioremediation of Contaminated Sites

In addition to the application for raw materials supply, leaching processes with
heterotrophs also have the potential for remediation of soils and sediments con-
taminated with heavy metals, including radionuclides. In some research studies it
was shown that autotrophic as well as heterotrophic enrichment cultures can
solubilize the contaminating metals to various extents, depending on several
factors of the bioleaching process. Partially, the contaminants were removed to a
large extent, so that the threshold values recommended for almost unrestricted use
of the soil were achieved [14, 19, 185]. For example, the content of metal con-
tamination in a fluvial tailings sediment could be reduced by leaching with het-
erotrophs in batch culture up to 18 % for Pb, 38 % for Cd, 100 % for Cr, 21 % Fe,
81 % Cu, 95 % Mn, and 54 % Zn. The investigation of such processes with the
aim of decontamination of such sites and/or of their stabilization and immobili-
zation may have high importance for future environmental measures when former
mining sites are closed/decommissioned and remediation, recultivation, and
renaturation need to be accomplished.

7.2.1 Bioremediation of Sites Contaminated with Radionuclides

Radionuclides can occur in soils, ores, and residues mainly as oxides, usually in
crystalline form which are unsoluble and often co-precipitated with iron oxides.
The oxides can be solubilized by enzymatic reduction processes and/or excretion
of microbial metabolites such as organic acids and chelating agents [19, 63, 64,
86]. An in situ leaching process with application of indigenous heterotrophic soil
organisms is feasible. The induced bioleaching process leads to an elution of the
contaminants; hence an effective removal of the enriched seepage waters is very
important to avoid further groundwater contamination. The leaching of the con-
taminated soil area helps to minimize and prevent long-term spontaneous forma-
tion of contaminated seepage waters. After the first bioremediation step, the
contaminated area can be covered with a low permeable layer (e.g., loam or clay,
marl); a topsoil layer can be added for humidity regulation (drought and fissure
formation are prevented) and for mechanical stabilization a plant cover can be
cultivated (prevention of erosion processes). The final topsoil layer can be
meliorated and used for recultivation on the dump surface. Seepage water for-
mation can be minimized with these measures, and a stabilization/immobilization
of the contaminants is feasible [186, 187].
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7.3 Environmental Impact of Weathering Processes
with Heterotrophs

The microbial weathering of mineral surfaces, including anthropogenic disposed
mineral materials, is a naturally occurring process. These microbial weathering
processes occur on uncovered surfaces of mineral wastes and dumps, increased by
enhanced mass transport processes [183]. Figure 11 shows the microbial weath-
ering of a siliceous slag material by heterotrophs when organic matter is present.
The siliceous material shows large fissures with distinct and visible erosion phe-
nomena (see Fig. 11 right); a larger amount of secondary minerals such as calcite
or organic salts (e.g., wedellite) was observed as fine-grained precipitates espe-
cially in the erosion flutes [183].

Microbial weathering of minerals also occurs in metal-contaminated soils and
in sediments, where it can be amplified by mass transport processes, for example,
stimulated by fluctuating water tables. The periodical change between saturated
and unsaturated conditions in a metal-contaminated site seems to enhance
microbial weathering cycles and the transport of solubilized metals to surface
water and into groundwater [184].

Organic matter contained in these sites increases weathering processes with
heterotrophs in a complex manner [185]. However, only little information is
available about these processes, and especially about the manifold relations
between autotrophic and heterotrophic communities at these sites [4, 82, 146, 188].
The cooperative interaction of these complex microbial communities seems to
amplify the mobilization of toxic metals and metalloids [184, 188]. The obser-
vation of microbial weathering processes with heterotrophs is not limited to a
neutral pH range; such processes can also occur in acidic (pH \ 3) and alkaline
(pH [ 8) environments [149, 183–185].
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Fig. 11 Left Results of the microbial leaching of an alkaline slag material with several bacterial
strains isolated from an alkaline slag dump. Right SEM image of the surface erosion of an
alkaline slag particle after the microbial attack of one of the strains [183]
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8 Conclusions

Biomining is increasingly being used in the mining industry for the production of
copper and gold, but also for nickel, cobalt, zinc, and uranium. Dump/stockpile
and heap bioleaching and stirred-tank bioleaching (or biooxidation) are the most
important processes. Caving mining methods in combination with in situ biole-
aching could play a major role in the future in order to increase the efficiency of
copper mining, as well as the bioleaching of primary copper sulfides. With regard
to the bioleaching of metals that are especially used in the electronic industry, as
well as of mine and industrial waste (mine tailings, ash, etc.), promising laboratory
methods and even pilot processes already exist. The newly developed Ferredox
process (anaerobic bioleaching) enables the processing of silicate ores such as
laterites and oxide ores such as manganese nodules, which is not possible on an
industrial scale to date.
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Metal-Containing Residues from Industry
and in the Environment:
Geobiotechnological Urban Mining

Franz Glombitza and Susan Reichel

Abstract This chapter explains the manifold geobiotechnological possibilities to
separate industrial valuable metals from various industrial residues and stored
waste products of the past. In addition to an overview of the different microbially
catalyzed chemical reactions applicable for a separation of metals and details of
published studies, results of many individual investigations from various research
projects are described. These concern the separation of rare earth elements from
phosphorous production slags, the attempts of tin leaching from mining flotation
residues, the separation of metals from spent catalysts, or the treatment of ashes as
valuable metal-containing material. The residues of environmental technologies
are integrated into this overview as well. The description of the different known
microbial processes offers starting points for suitable and new technologies. In
addition to the application of chemolithoautotrophic microorganisms the use of
heterotrophic microorganisms is explained.
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1 Introduction

Raw materials and energy are essential for economic existence. Even if no growth
is expected and only maintenance of the economic force is aspired to, enormous
amounts of basic materials and energy sources are required. The satisfaction of
needs is based on the exploration and exploitation of new resources and energy
deposits as well as on the attempt to recover raw materials via recycling processes.
Recycling processes depend on the state of development of separation techniques
which are still imperfect. Most exploitation technologies create secondary mate-
rials that still contain valuable substances as well as unusable residues. Older
exploitation technologies, especially, produced unexploitable residues containing
much higher concentrations of valuable substances in these residues than in some
mineral ores. The increase of the efficiency of resource exploitation is recom-
mended as a most important challenge by the OECD [1].

Such metal-containing residues were accumulated in huge amounts in the past.
These are waste materials from the smelters, mainly slags, but on the other hand there
are flotation residues from mineral ore processing deposited in tailings, the iron and
aluminum containing red mud from aluminum production, slags and residues from
phosphate and phosphorous production, sludges from electroplating plants, ashes
from incineration processes of gas, oil, or lignite and coal power stations as well as of
the municipal waste incineration plants, dusts from various dust removing and air
filtration plants, and the manifold residues from wastewater treatment and biogas
formation plants in addition to the sludges from rivers and harbors.

These residues are not only remnants of the past, but are still constantly
obtained from various purification and incineration processes. They comprise, for
example, the sludges from (drinking) water treatment plants as well as the ashes
from various incineration processes and mainly slags from running smelters. In
contrast, the number of recycled materials is, however, much greater than in the
past and is continuously increasing. It includes electronic scraps, spent catalysts,
composite materials, and the residues of young industries such as the photovoltaic
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or the chip industry. The proportion of recycled goods and residues from other
processes such as color television and electronic tube production decreases or is
almost negligible in contrast to the increase of the former residues.

The concentration of valuable substances in all these residues can be increased
by novel accumulation and separation processes. In addition to pyro- and hydro-
metallurgical extraction processes, there are many geomicrobiological processes
applicable for the extraction of valuable substances by dissolving or transforming
the inorganic matrix [2–5]. Most of the residues are oxides, hydroxides, phos-
phates, carbonates, or silicates that contain different important metals and trace
elements, but cannot be used as an energy source for the microbial processes. The
microbial decomposition is based on secondary processes such as the formation of
acids or other water-soluble and/or volatile products related to different metabolic
transformations. As there are numerous possible reactions based on various
microbial processes, the challenge is to look for the most suitable solution to the
problem [6–9].

Such reactions are the formation of inorganic acids, for example, sulphuric acid
after the addition of sulphur or sulphides, but also the formation of nitric acid and
carbonic acid which, in a second reaction, dissolve the inorganic materials, or the
formation of organic acids that also dissolve the inorganic materials and act as
chelating agents simultaneously. The dependence of industrial processes on natural
biogeochemical cycles of matter is an important precondition for further sustain-
able development [1].

The acidolysis describes the destruction of the mineral matrix by inorganic
acids inducing sulphuric acid, nitric acid, or carbonic acid, whereas organic acids
simultaneously act as complexing agents. This process is designated as com-
plexolysis. Additional extracellular substances such as siderophores also play a
special role because they act as chelating substances with the ability to increase the
solubility of metal oxides with small solubility products and enhance their bio-
availability. Quite different mechanisms of microbial dissolution are based on the
redoxolysis, the reduction and/or oxidation of cations in a mineral matrix, for
example, Mn2+, Mn4+, Fe2+, or Fe3+. The microbial cyanide production induces
their instability by the formation of water-soluble cyanide-containing complexes.
In contrast to the acidic processes the latter process takes place under alkaline
conditions. The transformation of metals into organometallic compounds via
microbial processes such as methylation or ethylation and the formation of volatile
metal organic compounds has scarcely been investigated or applied thus far.
Microbial silicate solubilizing processes and the extraction of valuable materials
from silicates should attain increased importance in the light of the increasing need
of the global industrial society. They offer extensive possibilities for the extraction
of rare elements.

The assessment of the European Union shows 14 elements and compounds that
are expected probably to run short for European industries in the future. These
elements and compounds are presented in Table 1.
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Attempts to recycle materials and to recover valuable substances have been
undertaken for many years, including the consideration of microbial processes
[10–16]. A compilation of running or developed technologies for the separation of
valuable substances from anthropogenic residues is demonstrated in Sects. 4–8.

The following examples give an idea of the huge possibilities concerning the
exploitation of raw materials by means of biotechnological recycling technologies.
This list is not exhaustive and complete due to the complexity of this issue. For
example, it does not contain the various running metal recovery processes from
mine wastes such as dumps and heaps [17–23].

General conditions that limit the application of a biotechnological process
depend on the prevailing economic and technological situations and legislative
regulations. Such preconditions are:

– Market price of the product and market demand as well as market development
– Product and capital costs
– Influence of political development and legal interpretation (politically driven

development).

2 Overview of Appropriate Microbial Reaction Mechanisms

The extraction of valuable substances from the named residues typically requires
the dissolution or partial destruction of oxides, hydroxides, phosphates, carbonates,
or silicates that contain the wanted metals, valuable substances, and trace ele-
ments. Usually these residues do not contain energy-supplying agents for the
microorganisms. Processes from natural cycles of matter have to be analyzed and
applied causing destruction of materials thereby. This destruction is achieved by
secondary processes such as the microbial formation of acids, or the formation of
water-soluble and/or volatile products due to microbial transformation or com-
plexing agents as well as by reducing processes that transfer cations in a lower
oxidation state with better water solubility.

The following chapter provides a brief overview of the most important existing
possibilities.

Table 1 Elements and
compounds with critical
availability in the future

Antimony Tungsten
Beryllium Tantalum
Cobalt Indium
Gallium Platinum metals
Germanium Rare earth elements
Magnesium Fluorspar
Niobium Graphite
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3 Acid Formation Processes (Acidolysis)

Microorganisms are able to produce inorganic and organic acids.

3.1 Microbial Processes Related to the Formation
of Inorganic Acids

The most common process is the formation of sulphuric acid. Sulphur or sulphides
from metal sulphides are oxidized to sulphuric acid by sulphur-oxidizing bacteria:

2 S� þ 2 H2O þ 3 O2 �! 2 H2SO4 ð1Þ

Me Cu; Ni; Fe. . .ð ÞS2 þ 3:5 O2 þ H2O þ 2 Hþ �! 2 H2SO4 þ Me2þ: ð2Þ

In addition to the formation of sulphuric acid, the formation of nitric acid has to be
taken into account. Ammonia is oxidized via nitrite to nitrate by nitrifying archaea
or bacteria such as Nitrosomonas and Nitrobacter:

2NH3 þ 3 O2 �! 2 NO�2 þ 2 H2O þ 2 Hþ ð3Þ

NO�2 þ 0:5 O2 �! NO�3 : ð4Þ

The formation of H2CO3 is based on the release of CO2 during microbial growth:

Corg þmicroorganismsþ N; P;O �! biomass þ CO2 þ H2O þ Energy ð5Þ

CO2 þ H2O �! H2CO3: ð6Þ

3.2 Microbial Processes Related to the Formation
of Organic Acids

3.2.1 Fatty Acids

Fatty acids belong to the aliphatic monocarboxylic acids. Sources of such acids are
organic compounds such as saturated aliphatic hydrocarbons, paraffins, or iso-
paraffins. They are oxidized to the corresponding organic acids under aerobic
conditions and lack of nitrogen. For example, yeasts or hydrocarbon-utilizing
bacteria form hexadecanoic acid (palmitic acid) from hexadecane [24, 25]:

C16H34 þ 1:5 O2 �! C15H31CO OHð Þ þ H2O: ð7Þ
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3.2.2 Gluconic Acid

Glucose or glucose-containing substances are oxidized to gluconic acid by
microorganisms under aerobic conditions and in a nitrogen-free medium:

C6H12O6 þ 0:5 O2 �! C5O5H11COOH: ð8Þ

3.2.3 Citric Acid

Citric acid is often produced by yeasts under stress and citric acid is released as a
side product of the tricarboxylic acid cycle into the fermentation medium. Such
stress factors can be the lack of nitrogen in the medium. The carbon-containing
substrate cannot be transformed into biomass and is converted to CO2 and citric
acid:

Corg þ microorganisms þ nutrients �! C6H8O7 þ CO2: ð9Þ

The formation of citric acid by fungi is different from the processes in yeasts.
Citric acid is often produced by Aspergillus niger under iron deficiency during
cultivation.

3.2.4 Oxalic Acid

Oxalic acid is also an intermediate product or constituent of the tricarboxylic acid
cycle. Another mechanism is responsible for the microbial formation of oxalic acid
by fungi. Oxalic acid is excreted under alkaline conditions:

Corg þ microorganisms þ nutrients
����������!Alkaline Conditions

biomass þ C2H2O4

þ CO2:

ð10Þ

The formation and expression of citric acid, isocitric acid, and oxalic acid as
well as some other acids are well known for various fungi, bacteria, and yeasts.

4 Oxidizing and Reduction Processes (Redoxolysis)

Microbial growth is always linked to energy transfer, which includes electron
delivering (donator) and electron receiving (acceptor) processes. Because different
metal and nonmetal ions are involved in this electron transfer, different oxidizing
and reducing processes exist, relevant for a leaching process.
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4.1 Oxidation Processes

4.1.1 Oxidation of Ferrous Iron (Fe2+)

2 Fe2þ þ 0:5 O2 þ 2 Hþ �! 2 Fe3þ þ H2O: ð11Þ

The formed Fe3+ can be separated as iron hydroxyl sulphate in an acidic and
sulphate-containing medium.

4.1.2 Oxidation of Manganese Ions (Mn2+)

2 Mn2þ þ O2 þ 2 H2O �! 2 MnO2 þ 4 Hþ: ð12Þ

The Mn4+ is mainly separated from solution as MnO2 after the oxidation.

4.1.3 Oxidation of As3+ and Sb3+ (e.g., [26, 27])

As3þ þ 0:5 O2 þ 2 Hþ �! As5þ þ H2O: ð13Þ

As5+ forms an arsenate anion and can be separated as [AsO4]3- by
precipitation.

An analogous process takes place with the ions and compounds from trivalent
antimony and the formation of [SbO4]3- [28].

4.1.4 Oxidation of Uranium (U4+)

U4þ þ O2 þ 2 SO2�
4 �! UO2 SO4ð Þ2

� �2�
: ð14Þ

Uranium(IV) is transferred to uranium(VI) directly by microorganisms or
indirectly by an oxidizing agent and forms a uranylsulphate anion under acidic
conditions with sulphuric anions [29].
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4.2 Reduction Processes

Reduction is described as an electron receiving process. Many electron acceptors
are known in combination with microbial actions, for example:

Cr6þ þ 3 e� �! Cr3þ: ð15Þ

Chromium(VI) ions are reduced and form highly soluble chromium(III) ions
[30, 31].

The reduction of As5+ and Sb5+ is also known:

As5þ þ 2 e� �! As3þ: ð16Þ

Compared to As5+ compounds the compounds of As3+ often have a higher
solubility. This was demonstrated, for example, under reducing conditions in
wetlands where the As2S5 compounds are transformed into more soluble As2S3

compounds resulting in an increased concentration of arsenic in the treated water.
Ferric ions are enzymatically reduced by acidophilic or neutrophilic microor-

ganisms under anaerobic conditions [32–35, Chap. 1]. Organic carbon, hydrogen,
or sulfur compounds can act as the electron donor in this reaction:

Fe3þ þ e� �! Fe2þ: ð17Þ

The reduction of Mn4+ to Mn2+ is similar to the reduction of ferric iron. It is
enzymatically catalyzed, for example, by Geobacter or Shewanella species. It
takes place under anaerobic conditions also in the presence of sulphate-reducing
bacteria (SRB) via a chemical reduction with their metabolic product sulphide
[36]:

Mn4þ þ 2 e� �! Mn2þ: ð18Þ

The reduction of uranium(VI) (anerobic conditions) is connected with the
formation of uraninite, an insoluble uranium-containing mineral [37]:

U6þ þ 2 e� �! U4þ: ð19Þ

In addition to the direct enzymatic microbial reduction and oxidation of the
cations an indirect reduction and oxidation occurs. This happens where the mi-
crobially formed products act as a reducing or oxidizing agent. The oxidizing
action of Fe3+ on uranium(IV) to form uranium(VI) is such an example, and the
formation of ferric iron again by a repeated microbial oxidation. Some other
reactions focus on the relationship between Fe3+ and S2-. Sulphide is oxidized to
S� and Fe3+ is reduced to Fe2+. Both substances are energy sources in a subsequent
microbial process. A similar mechanism can be assumed between Fe3+ and As3+.

The reduction of chromate is also important, because the toxicity of Cr3+ is
much lower than that of Cr6+. Such a reduction can be achieved by biologically
produced hydrogen [38].
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5 Alkalinity-Producing Reactions and Growth Under
Alkaline Conditions (Alkalinolysis)

In addition to microbial processes under acidic conditions, there are processes
under alkaline conditions [39, 40].

The alkaline conditions can be caused by chemical or microbial processes. Such
a process is the carbonization of slags or other materials containing CaO reacting
with CO2 from the air and with water on the surface to CaCO3 and Ca(OH)2. This
results in a high pH value (in part C10) and the hydrolysis of organic material into
low-molecular–weight compounds serving as substrate for extreme alkaliphilic
microorganisms. They form organic acids in subsequent metabolic processes as
well as potential ligands that enhance the metal mobilization by complex forma-
tion [41]:

CaO þ CO2 �! CaCO3 ð20Þ

CaCO3 þ 2 H2O �! Ca OHð Þ2þ H2CO3 �! Ca2þ þ 2 OH� þ H2CO3: ð21Þ

Another possibility exists if H+ ions are removed and OH- ions remain in the
water. Such a basic reaction is the interaction of NH3 with water or the dissociation
of some carbonates. The microbial formation of NH3 can be achieved by the
transfer of organic nitrogen from amino acids [Eqs. (22) and (23)] or a hydrolysis
of urea catalyzed by the enzyme urease and urea cleavage microorganisms
(Eq. 24) as Sarcina urea [42, 43],

R� CHNH2COOHþ NADþ �! R� CNH COOH þ NADH2 ð22Þ

R� CNHCOOH þ H2O �! R� COCOOH þ NH3 ð23Þ

or:

NH2CONH2 þ 2 H2O �! 2 NHþ4 þ CO2�
3 ð24Þ

A third possibility is the nitrate ammonification [44, 45],

NO�3 þ 8 Hð Þ þ Hþ �! NH3 þ 3H2O ð25Þ

An example for the formation of carbonate is the transfer of orthoclase by CO2,

2 KAlSi3O8 þ CO2 þ 2 H2O �! H4Al2Si2O9 þ K2CO3 þ 4 SiO2 ð26Þ

and the delivery of OH- in unbuffered systems

K2CO3 �! 2 Kþ þ CO2�
3 ð27Þ

CO2�
3 þ H2O �! HCO�3 þ OH� ð28Þ

In addition, many metals form highly soluble complexes with (OH)- anions:
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Me OHð Þnþ n OHð Þ��! Me OHð Þnþ1

� �

: ð29Þ

This can be observed for Al or Zn which form aluminates or zincates.

6 Complexolysis

6.1 Siderophores

Some microorganisms are able to produce organic compounds that form stable
complexes with heavy metals. Well known are siderophores which form stable
compounds with iron [46].

They are formed by bacteria and fungi, for example, by Escherichia coli,
Pseudomonas picketti (Ralstonia), or Agrobacterium tumefaciens. About 200
different natural siderophores are known. Because iron exists in insoluble com-
pounds, the complexes often possess extremely high complex formation constants.

Fig. 1 Complex formation
of iron by catechol

Fig. 2 Enterobactin
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The stability of the complexes is very strong and in parallel is a precondition for
the dissolution of iron oxides. This opens the possibility to leach iron-oxide–
containing materials and to use them in microbial rust separation processes [47].

There are three different types of siderophores according to three main com-
plexation mechanisms: catecholate, hydroxamate, and hydroxyl keto–carboxylate.
The formation of a complex with catechol is demonstrated in Fig. 1.

Enterobactin and agrobactin are compounds related to catechol as demonstrated
in Figs. 2 and 3. The formation of complexes with hydroxamate is shown in Fig. 4.
Ferrichrome is one of the most known compounds of this type and is demonstrated
in Fig. 5. The third kind of siderophore is based on the complex formation with
alpha-keto-carboxylate (Fig. 6). This complex has a lower stability due to a lower
pKa value.

Ferrichrome is the iron-containing compound as a representative of the
hydroxamate compounds (Fig. 5).

Fig. 3 Agrobactin

Fig. 4 Complex formation
with hydroxamate
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6.2 Cyanide Formation Processes

In addition to the iron complexation by siderophores, the formation of cyanide
complexes is another quite different complex-forming process. Cyanide can be
produced by microorganisms under alkaline conditions whereby glycine as a
substrate and precursor is used [48–50]. This offers the possibility to form stable
and water-soluble metal cyanide complexes. This is schematically demonstrated
for the leaching of silver in the following equations.

Corg: þ microorganisms þ H2N�CH2-COOH �! biomass þ CO2 þ HCN

ð30Þ

Menþ þ nþ 1ð ÞCN� �! Menþ CNð Þnþ1

� �� ð31Þ

Agþ þ 2 CN� �! Ag CNð Þ2
� �� ð32Þ

In addition to silver many other metals form stable cyanide complexes and thus
can be leached.

7 Transformation and Formation of Metal
Organic Compounds

7.1 Methylation/Ethylation

The formation of metal organic compounds by methylation and ethylation is a very
interesting process [51]. An alkylation takes place directly by a microbial transfer
of methyl or ethyl groups or indirectly by microbially formed metabolites followed

Fig. 5 Ferrichrome

Fig. 6 Complex formation
with alpha-keto-carboxylate
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by cleavage under sunlight irradiation [52, 53]. The intracellular transfer of the
methyl group is linked to the presence of methyl donors. Methyl donors are, for
example, methyl-cobalamin (methyl B12), methionine (MET), and tetrahydrofolic
acid (THF). This offers the possibility of separating heavy metals by microbially
formed volatile compounds. Table 2 shows some microbially formed metal
organic compounds in different habitats.

7.2 Mercury

A well-known mechanism is the transformation of Hg into methyl-, dimethyl-, or
ethylmercury. In addition to the habitats listed in Table 2 it can be observed in
sediments of harbors, rivers, or the sea:

Hgþ CH3 Methyl�B12ð Þ �! CH3ð Þ Hg ð33Þ

Hg þ 2 CH3 Methyl�B12ð Þ �! CH3ð Þ Hg CH3ð Þ ð34Þ

Hg þ 2 CH3 Methyl�B12ð Þ �! C2H5ð Þ Hg: ð35Þ

The process occurs under anaerobic conditions and in the presence of sulphate-
reducing bacteria.

The next equations demonstrate the formation of methyl-Hg with acetate as
metabolite under sunlight irradiation (hm):

Hg2þ þ CH3COO� þ hm �! CH3Hgþ þ CO2 ð36Þ

CH3Hgþ þ CH3COO� þ hm �! CH3ð Þ2Hg þ CO2: ð37Þ

Table 2 Metal(loid) organic
compounds from different
sources [140]

Waste disposal Sewage sludge Low contaminated soil

(CH3)2AsH (CH3)AsH2 (CH3)AsH2

(CH3)3As (CH3)2AsH (CH3)2AsH
(CH3)2AsC2H5 (CH3)3As (CH3)3As
(CH3)3Sb (CH3)3Sb (CH3)2BiH
(CH3)3Bi (CH3)3Bi (CH3)3Bi
(CH3)2Te (CH3)2Te (CH3)2Se
(CH3)2Hg (CH3)4Sn (CH3)2Se2

(CH3)4Sn CH3TeH
(CH3)4Pb (CH3)2Te

(CH3)2Hg
(CH3)4Sn
(CH3)4Pb
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7.3 Arsenic

Inorganic arsenic can be reduced by microorganisms and algae but also in vivo in
mammals. The resulting formation of organic As compounds plays an important
role in nature and the transformation can be used as a remediation process [54].
Similar processes are used for mercury-contaminated sites. Different microbially
initiated processes are demonstrated in Fig. 7.

Another remarkable process is the alkylation of tin, because Sn4+ is very stable
and forms oxides with a low water solubility. Hence, this is an important process,
because it offers a new possibility of separating tin from ores and residues.

8 Preconditions for the Application of Microbial
Leaching Processes

To select a suitable and effective leaching strategy, preconditions concerning the
microbial growth conditions must be considered in addition to economic feasibility
and legislative restriction. This means that leaching or dissolution under acidic
conditions is possible, however,

– The Ca and Mg concentration has to be low in the raw material. In most cases
Ca and Mg are bound as carbonate in minerals. This requires the destruction of
the carbonate minerals as the first step. Ca reacts with sulphuric acid to form
CaSO4 in a second reaction and prevents a further leaching process by clogging
the capillaries and consuming the sulphuric acid. The recommendation for the
application of an acidic leaching process is that the total concentration of Ca and
MgCO3 be lower than 30 % [F. Glombitza, unpublished; 55].

Fig. 7 Interactions of arsenic with microorganisms and change of the oxidation state [6]
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The following is valid in general.

– The choice of a suitable pH value and the pH range determine the solubility of
the dissolved ions. Therefore there are leaching processes under alkaline con-
ditions but also under neutral, moderate acidophilic, and acidophilic conditions.

– Leaching is more effective, if many products of the leach solution can be
exploited. A combination of the production of the leaching concentrate and the
purification of the organic acid is much more effective in comparison with a
pure acidic leaching process.

– Another strategy of leaching is the selection of some elements in a mineral
matrix whose oxidation state can be changed by a microbial oxidizing or
reducing process and cause the destabilization of the solid phase as a first step in
the leaching process.

9 Residues from Mining and Metallurgical Industry

If we designate residues from the industry, we mostly subsume sludges, ashes,
dusts, slags, and the residues from flotation processes, the so-called tailings. In the
next chapter residues from the mining and metallurgical industry are described for
the potential recovery of valuable substances. The chapter is divided in two
sections. The first section concerns slags from running smelter processes. The
second section refers to stored residues and slags from the past.

10 Residues from Smelters: Slags

10.1 Introduction

Slags are the residues of various pyrometallurgical processes and are obtained as a
side product of zinc, lead, nickel, or copper production. Due to the decrease of
mining activities and minimization of the number of smelter processes during the
last decades disposal was covered with a water-impermeable top layer. Such sites
are found in all old mining districts such as in Germany in the Harz Mountains, or
in the Ore Mountains (Erzgebirge), for example, near Freiberg or in St. Egidien
where a former nickel smelter operated in the past. The slags of these smelters are
mainly silicates and oxides which always contain remarkable amounts of valuable
substances. Other mining residues are products from the flotation tailings that are
stored separately.

Table 3 gives examples of studies with residues from mining and metallurgical
processes. It contains remarks concerning potential microbial leaching strategies
of these materials and information about the main valuable substances. The
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residues are the slags from different smelters and materials from flotation pro-
cesses. The table lists the great variety of slags and residues. Some examples are
from Germany, where different active smelters and many stored residues from the
past exist. In addition, other authors are cited who have published investigations of
and experiences from the leaching of such materials outside Germany.

10.2 Zinc Smelter Slags

The zinc recycling smelter in Freiberg, Germany, produces zinc from zinc-
containing dusts of rotary kiln processes. In comparison to other plants the
capacity is very high and amounts to an average of 50,000 t/a [56]. Previous
analyses of the slags have demonstrated that neutrophilic and alkaliphilic micro-
organisms are able to extract metals including zinc, lead, and cadmium, whereas
under acidic pH conditions zinc is extracted preferably.

Figure 8 demonstrates the leaching of zinc by Acidithiobacillus strains under
acidic conditions and the attempts of a leaching of lead under alkaline conditions
with an alkaliphilic mixed culture. A medium after Horikoshi was used for the
cultivation of the alkaliphilic microorganisms [39]. The curves represent the
average results for zinc and lead of different leaching experiments in shake-flasks.
A notable concentration of zinc was measured. Only a few micrograms of cad-
mium were mobilized under alkaline conditions (not shown) but the concentration
of lead ranged to some milligrams.

Another example for the treatment of slag resulting from a smelter process has
been reported by Willscher et al. [57, Chap. 1]. They investigated the heterotro-
phic leaching of silicate-based and alkaline materials of slag from a smelter. About
38 % of Mn, 46 % of Mg, 68 % of Ca, 27 % of Zn, 15 % of Fe, 26 % of Ni, 40 %
of Co, and 8 % of Pb could be dissolved. Other aspects include a strong alteration
of the particle surfaces due to the microbial influence and the microbially mediated
formation of secondary minerals such as calcite. The isolated microorganisms
(e.g., the novel species Nocardiopsis metallicus; [58]), were alkali-tolerant strains
with the ability to grow in the culture medium at a pH value of 11.

10.3 Lead Smelter: Slags

The treatment of slags from lead smelters is different from that from other base
metal smelters. Some slags are deposited; other slags are used as the building
material Berzelit� for the construction of disposals or roads [59]. Alternative
investigations revealed that up to 70–80 % of the remaining metals in the slag
could be leached with a mixed population of moderately thermophilic and
acidophilic microbes [60, 61].
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10.4 Copper Smelter Slag

During smelting of copper concentrates, in addition to copper and precious metals,
an iron silicate smelt is obtained in the Aurubis copper smelter, which is converted
into iron silicate stones and a granulated material [62]. About 95 % of the iron
silicate stones consist of olivin (Mg,Fe)2[SiO4] which is used in water engineering
[63, 64].

Inasmuch as the slags also contain other valuable elements, their recovery is
conceivable according to the known and cited microbial dissolution investigations
reported by Mehta et al. [65, 66], Karsson et al. [41], Willscher and Bosecker [67],
Carranca et al. [68], or Baghery and Oliazadeh [69]. All these authors reported a
successful leaching of similar material using various strains and conditions.

11 Slag Deposits: A New Possibility for Resources

11.1 Nickel-Containing Ores and Residues

An example for the treatment of smelter residues is the former nickel smelter in
St. Egidien, Saxony, Germany. After closure of the mine in 1990, a so-called high-
contaminated industrial area remained. This area contains about 2.3 million t of
slags, tailings, and some other waste materials from industrial processes. The
major contaminants are nickel, chromium, and cobalt compounds [70]. Leaching
of this material seems to be possible using special leaching technologies.
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Comprehensive investigations of nickel bioleaching from ores and residues
were carried out [71, 72]. Because the nickel ore is a hydrosilicate with concen-
trations of 2,500–15,900 mg/kg Ni, 240–2,000 mg/kg Co, 2,400–7,000 mg/kg Cr
and 1,900–9,000 mg/kg Mn and no energy-delivering substances for microbial
leaching are available, a suitable leaching technology had to be developed. The
leaching was carried out as submerged leaching [73] with different pulp densities
with different strains of microorganisms. The influence of the ferrous iron con-
centration on the leaching process was investigated too. The results revealed a high
extraction rate at a low solid concentration in the suspension and a decrease of the
extraction efficiency with increasing solid concentration (Fig. 9). The figure dis-
plays the results of the leaching experiments with and without microorganisms and
the investigations confirmed the positive influence of the bioleaching with Acid-
ithiobacillus ferrooxidans on the nickel extraction. Figure 10 shows the attempt to
increase the nickel extraction by increasing the concentration of ferrous iron. The
results demonstrated a decrease of the nickel extraction due to an assumed pre-
cipitation of iron and a plugging of the porespace.

Table 4 shows the maximum concentrations and efficiency obtained with dif-
ferent microbial strains. The data result from separate investigations and are not
related to each other. That means a concentration of 1,000 mg/l nickel in the
leaching solution and a maximum average efficiency of 70 % were achieved [71].

In Fig. 11 the bioleaching of a nickel hydrosilicate with the extraction of iron,
nickel, chromium, and cobalt is demonstrated. The process was driven by Acidi-
thiobacillus strains with sulphur as the energy source and for sulphuric acid

Fig. 9 Nickel extraction from hydrosilicate residues with and without microorganisms
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formation simultaneously [74]. The maximum yielded nickel concentration was
about 1 g/L. The iron concentration was much higher and averaged some grams
per liter.

Similar investigations with microbially produced organic and inorganic acids
were reported by Coto et al. [21]. Comprehensive investigations on the influencing
factors proven by statistical methods were published by Simate and Ndlovu [75].

Fig. 10 Bioleaching of nickel from lateritic material with A. ferrooxidans and different Fe2+

supply

Table 4 Leaching effectivity and maximum metal concentrations in the leaching solution

Microorganisms/metals Acidithiobacillus
ferrooxidans

Acetobacter
methanolicus

Yeast
Rhodotorula sp.

Yeast
Candida

Ni
Concentration (mg/l) 1000 30 160 169
Max. effectivity (%) 70 30 19 20
Mn
Concentration (mg/l) 112 40 480 460
Max. effectivity (%) 10 47 57 55
Cr
Concentration (mg/l) 2.15 2.5 15 13.6
Max. effectivity (%) 5.5 6 4 3.4
Co
Concentration (mg/l) 25 n.d. 3.8 77
Max. effectivity (%) 5.5 n.d. 19.4 38
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A new technology for the leaching of nickel laterites involves the reduction of
ferric iron ions under acidic anaerobic conditions with sulphur as electron donor.
A cleavage of the mineral matrix caused by the reduction of ferric iron takes place
and results in the dissolution of the metals [76, Chap. 1].

11.2 Rare Earth Elements Containing Residues

Slags usually consist of silicates and contain trace elements as well as rare earth
elements. Such elements are very important for modern economics due to the needs
of the electric and electronic industries. Covering the demand is really difficult
because currently no economically recoverable primary mineral resources con-
taining REE and trace elements exist. The importance of rare earth elements for a
modern economy increases continuously. The EU demand for rare earth elements in
2008 was 23,013 t. About 90 % of the REE and REO are imported from China.
Table 5 shows the amounts of Chinese production of rare earth oxides (REO) and of
some single elements in 2006. Table 6 contains the global demand of REO in 2008
classified by different fields of application. It should be noted that China is not only
a producer of REE but also a country with a big consumption [77].

Germany lacks high-grade REE deposits, therefore alternatives for the recovery
of REE have been investigated in the past (and are still under investigation today).

One possibility is the separation of the REE from REE-containing residues.
Such residues are various kinds of slags. This results in the analyses of slags and
subsequent development of methods for the extraction of rare earth elements and
trace elements from slags. An example is a slag obtained from the phosphorous
production from apatite. Apatite contains between 0.4 and 1.2 % of REE and the

Fig. 11 Microbial acidic leaching of lateritic nickel ore [74]
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phosphorous furnace slag (PFS), as a residue of this process, therefore contains
these REE as well.

Table 7 demonstrates the composition of the slag and the distribution of dif-
ferent REE. The slag contains about 0.7 % REE consisting of more than 80 %
light and about 12 % heavy REE as displayed in the righthand columns.

Hence, the separation of the REE from the slag was an important objective in the
past. In addition to chemical processing, microbial processes were applied. The
leaching of the slag was done chemically using waste hydrochloric acid or nitric acid,
respectively. The first microbial investigations focused on the leaching of the slag
using Acidithiobacillus strains to destroy the material by the formation of sulphuric
acid. The formation of free sulphuric acid was, however, impossible due to the high
concentration of calcium and the transfer of the sulphate ions into gypsum. A stable
pH value in the acidic range could not be reached and the pH value was changed
to alkaline conditions. Another attempt was the leaching with autotrophic micro-
organisms and Fe2+ as energy source for the growth of the microorganisms.
Unfortunately, maintaining a stable acidic pH value was found to be difficult too.

The above-mentioned difficulties fostered research for alternative leaching
techniques, for example, to connect the extraction of the rare earth and trace
elements with the microbial formation of gluconic acid. The addition of an organic
substrate was necessary because the slag doesn’t contain any energy source for
microorganisms [78–82, 83].

Gluconic acid is an important and most frequently used agent in the food
industry and in healthcare. It can be separated by precipitation with some ions, for
example, as Ca-gluconate from solution. This offers the chance to destroy the
phosphorous furnace slag and to clean the organic acid.

Gluconic acid is microbially formed during the oxidation of glucose by dif-
ferent microorganisms in a nitrogen-free cultivation medium. The leaching process

Table 6 Overview of global application of REO from different industrial branches in 2008
related to the global production in % derived from [77]

Application Amount (t) %

Glass, polishing, ceramics 33,000–42,000 ca. 30
Magnets 21,000–27,000 ca. 20
Catalysts 20,000–25,000 ca. 20
Metal alloys, batteries 17,000–23,000 ca. 18
Phosphorous, luminescence 9,000 ca. 7
Others ca. 5

Table 5 Produced amounts of rare earth oxides and single metals in China in 2006 [77]

La2O3 CeO2 Pr6O11 Nd2O3 Sm2O3 Eu2O3 Gd2O3 Tb4O7 Dy2O3 Er2O3 Y2O3 Sum

19730 22579 2297 11343 1586 368 4625 607 2311 954 9027 75427
La Ce Pr Nd Sm Eu Gd Tb Dy Er Y
2034 – – 7032 489 – – – 1280 – – 10835

Data in t
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and the gluconic acid formation are carried out by various bacteria, for example,
by Acetobacter methanolicus [84, 85]. Methanol is used as a suitable carbon
source for the cultivation [82, 83]. The advantage is that the slag is destroyed by
the formation of a water-insoluble calcium gluconate compound. The residue and
the REE of the slag can be separated afterwards [86].

The process can be described by the following reaction equations [86].

1:0 CaSiO3 � 1=9 CaF2 REEð Þ þ 2:19 gluconic acid

�����!1:1 Ca� gluconate þ SiO2�
3 þ REEþ TE trace elementsð Þ

ð38Þ

or

1 tPFS þ 3:5 t gluconic acid �! 3:8 t gluconate þ 0:6 t SiO2�
3 þ 0:007 t Se2O3 ð39Þ

It is generally believed that the leaching process is mainly influenced by the
amount of formed gluconic acid and the amount of added slag. Because the cal-
cium gluconate has a low solubility of approximately 3 g/l, the free gluconic acid
in the leach solution decreases with a higher concentration of the slag. The formed
amount of gluconic acid is important for the leaching process and depends on the
precultivation conditions and the biomass concentration (Figs. 12 and 13). Pre-
cultivation conditions are the residence time of the cultivation process and the used
carbon substrate or the biomass concentration [88].

Figure 12 shows that the highest concentration of gluconic acid is related to the
highest amount of biomass and a short residence time during their cultivation.
Figure 13 demonstrates the influence of different carbon sources on the concen-
tration of formed gluconic acid. Methanol was the preferred substrate for a
selective cultivation during the addition of slag to the medium, because providing
glucose as a substrate at the technical scale that is used by a vast number of

Table 7 Composition of the phosphorous furnace slag (PFS) and the contained REE

Compound/
element

Concentration
(%)

Composition REE
(100 %)

Concentration
(%)

Total
(%)

REE 0.7 La2O3 22.3
CaO 45.0 CeO2 44.6
SiO2 41.0 Pr6On 1.7
F 2.9 Nd2O3 16.7
Al2O3 3.5 Sm2O3 1.1
Fe2O3 0.4 Eu2O3 1.7 88.1
P2O5 1.0 Gd2O3 5.6
K2O 1.0 Tb4O7 0.17
Na2O 0.4 Dy2O3 2.2
MgO 0.5 Er2O3 1.7
SO3 0.5 Tm2O3 1.1
MnO 0.2 Lu2O3 1.1 11.9

Metal-Containing Residues from Industry 73



Fig. 13 Influence of the carbon source on the gluconic acid formation, A growth on glucose 5 g
BDS/l; B growth on a mixture of methanol and glucose in a ratio 5:1; C growth on a mixture of
methanol and gluconate in a ratio 5:1; D growth on methanol
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microorganisms would have increased the risk of contamination by other microbial
strains.

Figure 14 shows the decrease of free gluconic acid in the medium depending on
the slag concentration. Inasmuch as the gluconic acid forms a stable compound
with the Ca ions from the slag, a precipitation of calcium gluconate can be
observed.

Figure 15 shows the amount of leached REE related to the total content of REE
as a function of the formed concentration of gluconic acid. About 40 % of the REE
were extracted from the slag at a gluconic acid concentration of 150 g/l.

Because the leaching system consisted of three different phases—two solid
phases, namely the biomass and the slag and one liquid phase, the leaching
solution—the distribution of the REE in these phases was investigated. Figure 16
demonstrates that more than 80 % of the leached REE were dissolved in the
leaching solution and only 10–15 % of the REE were bound to the total biomass.
The majority of REE were bound and stored in the biomass during the beginning
of the leaching process. An increase of the REE concentration in the leaching
solution can be observed after a saturation of the REE on the biomass. Compre-
hensive investigations of the sorption processes and the sorption capacity of the
biomass confirmed this statement [78, 79]. Such a multiphase reaction system
generates comprehensive difficulties due to the analytical determination and the
establishment of a balance equation.

The results of such a discontinuous leaching process and the distribution of the
REE in the leaching system as well as the dissolution of the slag as an example are
shown in Table 8. Related to a volume of 1l the leaching system was characterized
by 50 g slag with a concentration of 0.59 % REE according to a total amount of
0.259 g/l, an average biomass content of 5 g and 165 g glucose. The expected
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concentration of the formed gluconic acid was 140 g/l. The slag after the leaching
was 19.1 g/l with a concentration of REE of 0.67 % (0.128 g/l). This means a
leached amount of REE of about 56.6 % and a solubilized amount of slag of
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61.8 %. The determination of the distribution of the leaching solution had given
19 g/l biomass containing solids with 0.262 % of REE or 0.05 g/l REE and 119 g/l:
dry residues of the liquid phase with 0.07 % of REE or 0.083 g/l. Both phases
contained 0.133 g/l REE according 79.6 % of the leached REE [87].

A huge amount of such slags is obtained from phosphorous production. About
120 kt/a were produced in Piesteritz over a long period and about 25 kt/a in
Bitterfeld. The whole amount of slags produced in Germany can be assessed with
22.6 million t.

In addition to the REE-containing slags there are other residues from phos-
phoric acid production. In contrast to the slag this sludge contains gypsum because
the production of phosphoric acid is achieved by the treatment of apatite with
sulphuric acid. The calcium of the Ca3(PO4)2 forms not very soluble gypsum with
the sulphuric acid and the phosphoric acid is released. REE and trace elements are
precipitated in the sludge. The produced and deposited amount of sludge is esti-
mated to be 34 million t.

12 Flotation Residues: Tailings

Mining of ores is often linked to the generation of flotation residues which were
stored in special tailing ponds or dams in the past. These residues mostly contain
various valuable substances due to less-efficient separation techniques in the past.
The ore processing mainly focused on the production of one product and by-
product metals were not exploited during this time.

The long-lasting mining activities in the Ore Mountains (‘‘Erzgebirge’’) created
tailings with fine-grained residues of the tin flotation. The ‘‘Bielatal’’ tailing pond,
Saxony, Germany, solely contains more than 10 million t of residues comprising
0.2 % of tin, 200 ppm of tungsten, 100 ppm of molybdenum, 200 ppm of bismuth,
and additionally lithium, rubidium, manganese, titanium, cesium, and some trace
elements [89]. This is a remarkable potential of resources. Table 9 displays the
average concentrations of the target elements, Table 10 lists the concentration of
the by-product elements in the flotation tailings, and Table 11 gives an overview
of the structure and the composition of the material in the tailing pond.

Table 8 Results of the phosphorous furnace slag leaching process with A. methanolicus [80, 87]

Dimension Slag After the leaching process

Slag Biomass in the
leaching solution

Dry residues of the
leaching solution

Amount g/1 50 19.1 19 119
REE % 0.59 0.67 0.262 0.07
REE g/1 0.295 0.128 0.05 0.083
Solublized slag: % 61.8
Leached SEE: % 56.61
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The potential for microbial leaching of this material under acidic conditions
was investigated with the aim of subsequent tin separation [89]. The leaching was
carried out with a mixed culture of Acidithiobacillus ferrooxidans and Fe2+ as
energy source. The treated amount of solid residues varied between 2 and 30 % in
the leaching system. The pH value ranged from 2.4 to 1.7 and the initial Fe2+

concentration was between 10 and 12 g/l. Table 12 shows some results of the
bioleaching processes. The first line in the table shows the content of solids in the
medium; the second line displays the total amounts of tin in the solids related to
the liquid phase. This is the potentially maximum leachable tin concentration. The
next line includes information about the pH conditions and the added Fe2+ con-
centration at the beginning and the end of the leaching experiment. The last line
shows the tin concentration in the leaching solution after the leaching process.
Only a few micrograms of tin could be separated from the flotation residues.

The extraction of tin from different tin compounds was investigated earlier by
Teh et al. [90, 91; see Fig. 17]. The authors investigated the microbial leaching of
the quaternary synthetic sulphidic tin minerals stannite, kesterite, and stannoidite,

Table 9 Main components
of tin flotation tailings at
‘‘Bielatal,’’ ore mountains
(Erzgebirge), Saxony,
Germany

Concentration (mg/kg)

Element Average value Min Max

Sn 644 563 766
W 876 766 986
Bi 76 60 84
Mo 12.2 11.2 13.8

Table 10 ICP analyses of
the concentration of some
by-product elements of the
flotation tailings

Element Concentration
(mg/kg)

Element Concentration
(mg/kg)

Ba 128 Ni 4
Be 12.5 Sc 7
Co 7 Sr 54
Cr 7 Ti 595
Cu 66 V 6
La 37 Y 47
Li 853 Zn 80
Mn 775 S total \0.01 %

Table 11 Concentration of
the main compounds of the
flotation tailings

Compound Percentage (%) Compound Percentage (%)

SiO2 72.1 CaO 0.96
TiO2 0.1 Na2O n.d.
Al2O3 14.5 K2O 2.3
Fe2O3 4.36 P2O5 0.064
FeO 1.84 CO2 0.33
MnO 0.1 H2O 2.18
MgO 0.08
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and the oxidic minerals cassiterite and varlamoffite. The leaching was carried out
with At. ferrooxidans at 32 �C, 0.5 % pulp density, pH 2.5, and a particle size
smaller than 0.16 mm. Investigations under sterile conditions were carried out
simultaneously.

An influence of At. ferrooxidans strains could be observed, but the resulting
concentrations were in the same range as in the aforementioned investigations. The
results from the leaching of the sulphidic tin minerals stannite, kesterite, and
stanniodite show concentrations of dissolved tin sometimes higher than those of
the leached cassiterite. But the highest observed concentration was about 200 lg/l.
These results demonstrate that the concentration of dissolved tin was low and that
bioleaching was without remarkable success.

Investigations concerning the behavior of tin revealed that Sn4+ is not stable in
the leaching solution. Sn2+ acts as a reducing agent with a potential of +0.15 V and
forms Sn4+. This generates SnO2 again which exhibits a very low solubility. Only
1.2 9 10-16 mass % are dissolved at 20 �C in water. But Sn4+ ions form stable
chloride complexes [SnCl6]2- under acidic conditions. This requires a chloride
concentration between 1 and 3 mol/l to enhance the solubility of Sn in the leaching

Table 12 Tin bioleaching of flotation residues from the Bielatal tailing pond
Pulp density (%) 2 5 20 30

Maximum resulting tin
concentration (mg/l)

40 100 400 600

Process conditions pH Fe2+ pH Fe2+ pH Fe2+ pH Fe2+

(g/l) (g/l) (g/l) (g/l)

2.4–1.7 10.3–0.2 2.4–1.7 10.98–0.23 2.4–1.8 11.2–9.0 2.4–1.7 12.35–7.98

Dissolved tin (lg/l) 90 120 130 215
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Fig. 17 Bioleaching results of several tin minerals after [90, 91]

Metal-Containing Residues from Industry 79



solution. The calculation of the stability of tin and chloride in an aqueous system at
different pH and Eh values is displayed in Fig. 18 and revealed stable conditions at
low pH values and a negative redox potential [89].

Therefore bioleaching with At. ferrooxidans strains was repeated after the
adaption to higher concentrations of chloride under aerobic conditions. The highest
chosen concentration of chloride anions was 5 g/l, whereas the highest concen-
tration of tin in the leaching solution with a pulp density of 30 % was 6 mg/l, much
higher than in the previous experiments.

Considering this relationship, a separation of tin seems to be possible by a
microbial leaching process under anaerobic and acidic conditions with chloride
anions in the solution or via biomethylation resulting in a tin organic compound
such as dimethyl tin.

13 Sludges from Industry and Environment

13.1 Industrial Sludges

There are a huge number of different types and volumes of deposited metal-
containing sludges. Table 13 summarizes some processes that demonstrate the
treatment of metal-containing sludges. The sludges have different origins. They are
residues from industry or from water treatment plants as well as sediments from
rivers and harbors. A review concerning the separation of heavy metals from
contaminated sludge for soil remediation is given by Babel and Dacera [92].

Today sludges from galvanic plants and pickling processes are reprocessed very
often by chemical and physical techniques. For their treatment, microbial pro-
cesses were developed but are currently not applied [93–95].

A waste product of high commercial interest is the iron- and titanium-con-
taining red mud from aluminum production. These sludges are water insoluble. In
addition to iron, aluminum, and titanium, they contain trace elements as well as

Fig. 18 pH Eh diagram of
SnO2 in the system Sn–Cl–
H2O (Sn concentration 10-3,
10-4, 10–5 mol/l, Cl
concentration 10–1 mol/l),
[89]
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silicic acid. An extraction of iron by microbial processes with a parallel dissolution
of the silicate matrix also is possible. Other investigations include the microbial
leaching of aluminum from red mud [96, 97]. A similar situation concerns the
sludges of mines and drinking water treatment plants.

A special and interesting issue is the processing of residues from the former
copper smelter in the Mansfeld region, Saxony-Anhalt, Germany. Copper pro-
duction resulted in the generation of a special sludge, the so-called Theisen sludge.
The Theisen sludge is a side product of the blast furnace flue dust washing plant,
containing volatile organic bituminous substances as well as heavy metals. There
was no technology for the treatment of the sludge after closing the plant in 1970,
therefore the sludge was stored and the search for a suitable technology for the
recovery failed until today. Between 200,000 and 450,000 t of sludge are stored in
special dumps to avoid any risk to the environment [98–100]. The concentration of
valuable substances is noteworthy. Theisen sludge contains about 18 % Zn, 14 %
Pb, 1.2 % Cu, and 1.2 % Sn, in addition to trace and minor elements. Main
components of the sludge are 17 % SiO2, 16 % S, and 11 % C wherein the carbon
originates from the bitumen. Recent investigations demonstrated the possibility of
the extraction of metals from bituminous matter related to the production of copper
from copper shale [101]. The organic matrix can be destroyed microbially,
releasing and mobilizing metals and trace elements [102, 40, 103].

Sludges from wastewater treatment plants are rich in organic carbon and exhibit
high concentrations of heavy metals due to the ability of the microorganisms to
accumulate and store heavy metals by biosorption processes. High concentrations
of zinc and copper were found up to several g/kg in the dried sewage sludge. The
concentrations increase if the sewage sludge is used for biogas formation in
digestion processes related to the utilization of organic carbon. The metals are
precipitated as sulphides, carbonates, or hydroxides via reduction of sulphate to
sulphide, under neutral conditions accompanied by the formation of CO2 as a side
product of the methanogens. The composition of the sludge determines the chosen
microbial leaching process. As well as metals, sewage sludge is an interesting
phosphate resource. According to the environmental database, the produced
amount of sludge from biogas formation was about 17 million t in 1990. Of these
60 % were deposited and 10 % were introduced in the municipal waste inciner-
ation process [104].

13.2 River, Harbor, and Marine Sludges

Small suspended particles that bind metal cations due to their high sorption
capacity are stored in rivers and storage reservoirs. They have to be removed
periodically to clean the rivers and storage reservoirs. Storage of the suspended
particles also takes place in rivers where a barrier exists and sediments are formed.
These sediments are enriched with heavy metals and trace elements. Investigations
of a 2.5-km segment of the river Elster near the town Leipzig, Germany, revealed
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330,000 t of sediments with 1,300 t of zinc, 81 t of nickel, and 79 t of copper. A
technique for recovering the metals from the sediments was successfully devel-
oped [105, 106]. Comprehensive investigations of the development of a treatment
technology were conducted during the last 20 years in the environmental research
center (UFZ). The bioleaching process was carried out as suspension and solid bed
leaching after the treatment of the sludge. The treatment involved homogenization
and analytical determination. The sludge was poor in inorganic carbon (below
0.05 %) and rich in organic matter (19 %) containing the following metals in
mg/kg: 3,291 Zn, 954 Mn, 515 Cr, 322 Cu, 312 Pb, 286 Ni, and 36 Cd. Investi-
gated parameters were, among others, the irrigation rate, the influence of sulphur
addition, and the presence of surfactants [107]. Because freshly dredged sediment
proved to be unsuitable for solid-bed leaching, due to its low permeability, an
upstream process for sediment conditioning has been developed. This process
involved the treatment of the sludge with helophytes converting it into a soil-like
material [108]. After this pretreatment the bioleaching of the sludge was successful
and 20,000 kg of the material were processed at large scale.

A special interaction exists between natural surface water and mining residues.
Such fluvial materials (often tailings) are exposed to microbial oxidation processes
and heavy or precious metals are mobilized. Willscher et al. [109, Chap. 1]
investigated such processes and reported the bioleaching of fluvial residues of
historical gold mining with autotrophic as well as heterotrophic microorganisms,
detecting a quantitative separation of chromium and manganese during the het-
erotrophic process. The autotrophic leaching using an acidophilic mixed culture
showed a quantitative separation of Cu, Al, Cr, and As.

The sludges in harbors bear similar characteristics. They are very often enriched
in heavy metals and trace elements. A treatment of the sludges by leaching pro-
cesses is also possible. Beolchini et al. [110] demonstrated a two-stage treatment.
The processing involved anaerobic sulphate reduction followed by an acidic
leaching process with the autotrophic bacteria Acidithiobacillus and Leptospirillum
strains. The method is based on the transfer of heavy metals into sulphides under
anaerobic conditions (Chap. 1) and a subsequent leaching of the sulphides under
acidic conditions.

Marine sludges often exhibit high concentrations of heavy metals. The sludge is
removed to ensure sufficient depth of shipping passages. Due to the anaerobic
conditions the sulphate reduction is one of the driving processes and metals are
precipitated as sulphides. On the other side huge amounts of carbonate exist as a
result of the CO2 formed. Therefore a successful bioleaching process depends on
the ratio between sulphide and carbonate in the sludge.

The sludges of floodwaters are sometimes contaminated with heavy metals and
stored as hazardous waste in disposals analogous to the river sludges. Thus a
leaching process for the separation of these metals has to be considered.
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14 Ashes and Dusts

14.1 Introduction

Many industrial processes are linked to the formation of dusts. They are separated
from the air by special dust filter plants. Zinc-containing dusts are predominantly
treated in smelters today and residues are stored in special disposals. The influence
of different microbial strains on the release of some elected heavy metals was
therefore investigated. Because of the neutral to alkaline pH conditions, in addition
to acidophilic, also alkalophilic microorganisms were used for the bioleaching
experiments, as well as humic acid and citric acid as organic leaching agents.
Because the treated dusts are similar to slags, the results of some investigations are
reported in Chap. 4.1.2

The pictures in Fig. 19 show a dump of stored residues from a zinc smelter and
the influence of environmental and climate conditions on the deposited slag as
visible by the changes in color.

Table 14 summarizes the characteristics of ashes and dusts from various
incineration processes and from a copper-producing smelter in accordance with
microbial leaching studies for the extraction of valuable substances.

14.2 Ashes from Lignite Electric Power Stations

Ashes are residues from incineration processes and contain various valuable ele-
ments. Table 15 shows a comparison of ashes from different lignite-fired power
stations and power stations using other fuels. Unfortunately the data are incom-
plete, but they demonstrate the variation in the composition of the ashes and the
huge number of valuable substances.

Fig. 19 Photos of a slag dump
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Lignites are organic substances that often contain and accumulate metals. These
metals remain in the ash after the incineration process and reach higher concen-
trations than in lignite due to the reduced volume. The annual production of lignite
is about 300 million t in Germany. The amount of ash from lignite ranges from 10
to 20 % of lignite dry weight. This means the total amount of ash accounts for
approximately 15 million t per year. In addition to the main element Si, the ashes
consist of Ca, Mg, Al, and contain various trace elements and REE depending on
the kind of lignite. Main components of lignite ashes [111] and the average typical
composition of East German lignites from different regions are presented by
Holzapfel [112]. Table 16 includes the concentrations of heavy metals and trace
elements in different lignites and ashes.

Ashes are valuable resources. If the value of 1 t of ash according to the valid
prices of the contained elements without the element Si is calculated, a price
exceeding €500/ton ash results. A suitable mineral processing for the separation of
the valuable substances needs to be explored. This can be done by the combination
of physical chemical or biotechnological treatment techniques. During leaching
experiments the solubilization of Ca, Mg, Fe, and Al was detected depending on
the pH value and the kind of water used [113].

According to the focused elements the leaching can be carried out under
neutral, acidic, or alkaline conditions. A separation of aluminum by microbially
produced organic acids was investigated by Singer et al. [114] and Torma and

Table 15 Comparison of elemental composition of ashes from different electric power stations

Element Power station ash
refinery residues
(mg/kg)

Power station
ash oil firing
(mg/kg)

Power station ash
lignite Leipzig
(mg/kg)

Power station ash lignite
Lusatia average values
(mg/kg)

Vanadium 42,500 70,000 10 84.5
Iron 31,800 65,400 56,000 132,000
Nickel 21,600 32,400 16 37
Sulphur 46,900 199,800 11,900 17,200
Silicon 48,300 6,800 234,000 217,500
Calcium 11,500 5,100 164,000 113,600
Magnesium 2,000 1,100 18,000 26,100
Cobalt 400 300 4 10.50
Titanium 1,500 200 4,025
Phosphorus 2,000 400 590
Barium 0.15 1,300 3 535
Molybdenum 0.05 100 4.5
Aluminium 17,100 3,400 64,000 52,100
Chromium 200 27 95.5
Arsenic 3 19
Tungsten 200 \1
Copper 17 74
Manganese 1125 1,060
Strontium 1756 1,340
Zinc 29 70.5
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Singh [115]. Krejcik [116] tried to solubilize all elements. Table 18 contains the
composition of a fly ash from a lignite power station. Calcium, aluminum, iron,
and magnesium are the main metal components in addition to silicon dioxide. For
leaching of the fly ash different microbial strains can be used (Table 17).

Figure 20 shows the leaching of iron by the neutrophilic strain Bacillus cir-
culans and the organic acid producing strain Acetobacter methanolica at different
concentrations of ashes in the leaching solution [116].

The bioleaching efficiency decreases with an increasing amount of ash due to the
constant amount of organic acid formed by A. methanolica. In the case of B. cir-
culans the increased efficiency can be explained by the shift of the pH into the
alkaline region and better growth conditions of the neutrophilic–alkaliphilic strain.
The leaching results without microorganisms are denoted as control. Therefore a
selection of the most suitable leaching conditions for each element is recommended.

14.3 Ash from Oil- and Gas-Fired Power Stations

Ashes from oil- and gas-fired power stations as well as the filter dusts of the crude
oil processing industry contain mainly vanadium with concentrations of 2–10 %
and nickel with a concentration of 1–3 %. They are mixed with sodium carbonate

Table 17 Composition of a
fly Ash from the lignite
power station neurath [116]
precleaned by Sieving [161]

Parameter/Element Value

Dry residue (mass %) 99.8
TOC (mass %) 0.3
NH4–N (mg/kg) \0.5
SiO2 (mg/kg) 265,000
Na2O (mg/kg) 29,200
K2O (mg/kg) 14,600
P total (mg/kg) \100
SO4

2– (mg/kg) 10,500
NO3

– (mg/kg) \50
Sulfide (mg/kg) 950
Ca (mg/kg) 152,000
Al (mg/kg) 85,400
Fe (mg/kg) 52,500
Mg (mg/kg) 34,700
Mn (mg/kg) 480
Va (mg/kg) 240
Ni (mg/kg) 110
Zn (mg/kg) 99
As (mg/kg) 36
Mo (mg/kg) 36
Co (mg/kg) 21
Wo (mg/kg) 12
Cd (mg/kg) \2
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and melted in a drum furnace. As results, sodium vanadate (Na4V2O7) and iron and
nickel sulphide compounds (FeS, NiS) are produced. Vanadium concentrate with a
high concentration of organic carbon is deposited. An annual available amount of
100,000 t has been calculated for Europe [117] and a microbial leaching to extract
the metals might be reasonable.

14.4 Ashes from Waste Incineration Plants

The incineration of urban waste produces about 250 kg ash per ton of domestic
waste. About 70 incineration plants for urban waste exist in Germany producing
about 5 million t of ash from 20 million t of domestic waste per year with an
increasing trend in the future [118, 119]. Only 8 % of the metals in the ash are
recovered including only 1 % nonferrous metals. The major part of the ashes
(75 %) is used in disposal and road construction. About 10 % are deposited [120].
Ashes from municipal waste incineration have a different composition depending
on the kind of wastes. The concentration of nonferrous metals varies from
1,000–3,500 mg/kg for lead, 200–1,000 mg/kg for chromium, 1,000–10,000 mg/kg
for copper, 100–500 mg/kg for nickel and 2,000–7,000 mg/kg for zinc [120, 121].
The copper concentration is in the range of the actually exploited copper ore bodies.

Fig. 20 Bioleaching of Fe from lignite combustion ash with Acetobact. methanolica and Bac.
circulans, leaching conditions: Acetobact. methanolica strain DSZM: 5432, medium 569, Bac.
circulans strain DSZM: 11, medium No 1, controls: ash plus sterilized nutrient solution, without
microorganisms, pH adjusted with HCl
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The improvement of the recovery of nonferrous metals can be achieved by an
optimization of the downstream processing in combination with biotechnological
techniques [122].

15 Residues from Water Treatment Plants

Because wastewater usually contains anions and cations and even heavy metals
and some trace elements (TE), different technologies are used for separating these
substances. Table 18 shows some examples for the separation of valuable sub-
stances from different water qualities.

A typical example for separating a metal in an industrial water treatment plant
is the separation of iron from lignite mine water. The mine water is treated by
aeration and the addition of lime milk to neutralize the water and oxidize the
ferrous iron. The produced sludge contains trace elements as well as valuable
substances. The sludge is stored in special deposits, transferred into flooded open
cast mines, or transported into ‘‘dewatering fields,’’ producing a dried iron-
containing sludge.

A new technology separates the iron before lime addition by a microbial pro-
cess [123–125]. The process is based on the microbial oxidation of ferrous iron to
ferric iron at low pH and the formation of an iron hydroxy sulphate mineral, called
schwertmannite [126, Chap. 2].

The formed iron compounds precipitate and can easily be separated due to the
low solubility of schwertmannite in water. The mineral has got a higher purity in
comparison to the lime containing iron hydroxide sludge [123, 124]. Figure 21
shows the formed schwertmannite crystals in the treated mine water.

According to the amount of dissolved iron in the mine water at this site, about
10,000 t of the mineral could be produced and utilized. Different research projects
focused on the production of adsorbents or iron oxide pigments from schwert-
mannite [127]. A pilot technology has been applied for 10 years now and confirms
the stability of the process [128]. Comprehensive investigations concerning the
composition of the microbial population revealed a moderate acidophilic mixed
population consisting of two groups of Betaproteobacteria accompanied by
‘‘Ferrovum myxofaciens’’ and strains related to Gallionella ferruginea as the main
part [129, 130].

Another process concerns the separation of iron and manganese via neutrophilic
iron and manganese oxidizing bacteria. These bacteria form a stable film at the
surface of sand grains and oxidize the metal ions. In a second step a precipitation
of ferric iron or Mn4+ takes place. This technology is applied in the treatment of
drinking water or groundwater [131, 132].

92 F. Glombitza and S. Reichel



16 Residues from the Electric and Electronic Industry
and Spent Catalysts

Table 19 shows some microbial processes for the separation of heavy and precious
metals from residues of the electric and electronic industry or from spent catalysts.
A multitude of further recycable residues are composite materials such as lami-
nated boards and laminated papers, as well as metal-containing plastics that can be
separated by microbial processes. A current treatment technology for these
materials includes the incineration and separation of the metals. An alternative
process could be microbial treatment where the organic material is utilized or
transformed into water-soluble compounds and the metals are released.

The significance of electronic scrap has increased. Its components can be dis-
solved and separated by different microbial acid-forming processes [16, 133].
Heterotrophic as well as autotrophic microorganisms can be used for these pro-
cesses. For example about 90 % of copper, about 50 % of zinc and 17 % of
manganese could be bioleached by an autotrophic mixed culture [134] (Table 19).

Some other metals, for examples, lead could be separated by precipitation. This
category also includes car shredding residues.

The treatment of this material with cyanide-forming microorganisms offers a
similar yet new possibility. This is valid in particular for the treatment of elec-
tronic scrap as well as for the treatment of precious-metal–containing catalysts [50,
135]. Analogue processes are possible with spent catalysts [16]. Hydrogenating
catalysts are used in the chemical industry. The spent catalysts contain between 1.5
and 3.5 % Ni, 4–11 % Mo, 35–50 % Al, about 15 % of Fe, and 5–18 % Ca. But
they contain between 3.3 and 6.6 % sulphur, mostly occurring as sulphide. In the
past the recovery of nickel and molybdenum was investigated by Iske et al. [55].
Analogue investigations using strains of Aspergillus demonstrated yields of 78 %
of nickel, 82 % molybdenum, and 85 % aluminum [136].

Fig. 21 Schwertmannite
crystals in a treated mine
water
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The aforementioned bioleaching of Ni and Mo from spent catalysts was carried
out by moderate acidophilic autotrophic microorganisms. Various mixed cultures
isolated from the storage place of the catalysts as well as a moderate acidophilic
Acidithiobacillus population isolated from copper shale leaching processes were
used. The pH optimum of these strains was in the range of 4–5. This range was
chosen, because the solubilization of iron, calcium, and aluminum is prevented at
moderate acidic conditions.

The leaching was carried out in shake flasks, in columns (each filled with 1 kg
material) and in a stirred tank reactor [55, 137]. The investigated material con-
sisted of dust from the catalysts and the catalysts pill. Figure 22 displays the
change of the nickel and molybdenum concentration in the leaching solution and
the total amount of metals separated from the catalyst in the column leaching
experiment. The highest concentration of nickel accounted for more than 5 g/l and
the concentration of molybdenum for 1.2 g/l. The leaching efficiency was
50–60 % for nickel and 3.3–12.5 % for molybdenum. The leaching was carried
out under saturated and unsaturated conditions in the column. A batch system
represented the unsaturated conditions where 50 % of the leaching solution was
exchanged by a fresh solution every 6, 12, 19, 30, and 47 h, to prevent an inhi-
bition of the microbial process caused by the high nickel concentration. However,
separate investigations of the influence of nickel on the microbial growth revealed
much higher concentrations of up to 16 g/l without an inhibiting effect on the
adapted microorganisms [138].

Other residues and dusts are the REE and trace elements containing dusts from
colour TVs or fluorescent tubes with a concentration of 8–15 % of yttrium, 1–2 %
of europium and some gadolinium, furthermore zinc, aluminum, cadmium, and
iron. The leaching was investigated with oxidizing and acidic acid generating

Fig. 22 Ni and Mo bioleaching from a hydrogenating catalyst [55]
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microbial processes. The aim was to destroy the material and separate Eu, Gd, and
Y. The results demonstrated the possibility to leach the sulphide-containing
material and to concentrate yttrium in the pregnant leaching solution with up to
500 mg/l [139].

New industrial residues are wastes and nonconforming products of the photo-
voltaic industry with trace elements, for which suitable recycling technologies
have not yet been investigated properly.

Further sources for recoverable valuable substances are old municipal waste
disposals. The content of the valuable substances of ash disposals is adequate to
the composition of the fuel but with higher concentrations. If the waste material
contains a high fraction of organic compounds, the concentration of metals
increases during the transformation of carbon into methane. A separation of the
metals by different leaching processes is possible in both cases.

Examples for the treatment of other different catalysts and residues from the
electric and electronic industry are summarized in Table 19. Because these
materials are not sulphides or do not contain Fe2+, a leaching mechanism based on
the formation of inorganic and organic acids or complexing agents has to be
developed. Nevertheless, all these tables reveal the huge diversification of valuable
substances containing residues and the large number of treatment processes.
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Bioremediation of Mine Water

Robert Klein, Judith S. Tischler, Martin Mühling
and Michael Schlömann

Abstract Caused by the oxidative dissolution of sulfide minerals, mine waters are
often acidic and contaminated with high concentrations of sulfates, metals, and
metalloids. Because the so-called acid mine drainage (AMD) affects the environ-
ment or poses severe problems for later use, treatment of these waters is required.
Therefore, various remediation strategies have been developed to remove soluble
metals and sulfates through immobilization using physical, chemical, and biolog-
ical approaches. Conventionally, iron and sulfate—the main pollutants in mine
waters—are removed by addition of neutralization reagents and subsequent
chemical iron oxidation and sulfate mineral precipitation. Biological treatment
strategies take advantage of the ability of microorganisms that occur in mine waters
to metabolize iron and sulfate. As a rule, these can be grouped into oxidative and
reductive processes, reflecting the redox state of mobilized iron (reduced form) and
sulfur (oxidized form) in AMD. Changing the redox states of iron and sulfur results
in iron and sulfur compounds with low solubility, thus leading to their precipitation
and removal. Various techniques have been developed to enhance the efficacy of
these microbial processes, as outlined in this review.
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ASPAM Algal sulfate reducing ponding process for the treatment of acidic and
metal wastewaters

COD Chemical oxidation demand
CSTR Continuously stirred tank reactor
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1 Characteristics of Mine Waters

Coal and ore minerals have been mined by mankind for thousands of years. Due to
these anthropogenic mining activities, sulfide minerals are exposed to oxygen and
water, resulting in the oxidative dissolution of these minerals [13]. One ubiquitous
sulfide mineral is pyrite (FeS2), which is oxidized in a complex series of reactions.
The net process of pyrite oxidation (1) results in the formation of ferrous iron,
sulfate, and acid:

2FeS2 þ 2H2O þ 7O2 ! 2Fe2þ þ 4SO2�
4 þ 4Hþ ð1Þ

Pyrite oxidation is further promoted by ferric iron, which serves as an oxidant
(2) [13, 213]. Ferric iron, in turn, is generated by iron oxidation catalyzed by
acidophilic microorganisms occurring in the mine water, because ferrous iron is
chemically stable under acidic conditions [138, 221].

FeS2 þ 14Fe3þ þ 8H2O! 15Fe2þ þ 2SO2�
4 þ 16Hþ ð2Þ

Apart from iron, sulfate, and protons, other elements such as arsenic, cadmium,
cobalt, copper, lead, and zinc are also released during pyrite oxidation because
these elements often occur in association with pyrite [13]. Moreover, the acidic pH
also means that heavy metals and metalloids are particularly well dissolved
(Table 1). These waters are known as acid mine drainage (AMD) or acid rock
drainage (ARD), which represent a severe environmental problem caused by
worldwide mining activities.

Upon oxidative dissolution of metal-bearing minerals, the fate of the metals and
counter ions is further influenced by their redox state. For instance, iron is mainly
present in its reduced form (ferrous iron) due to its redox potential (E0(Fe3+/
Fe2+) = ? 0.77 V) [231]. Sulfur, in contrast, occurs in its oxidized form (sulfate)
as a consequence of its low redox potential (E0(SO4

2-/H2S) = -0.22 V) [231].
Thus, both elements tent to occur in AMD in their most mobile forms.

Besides acting as oxidant for pyrite oxidation, ferric iron may also precipitate.
Thus, acidic mine waters are often characterized by red-brownish iron-bearing
minerals like schwertmannite (idealized formula: Fe8O8(OH)6(SO4)), jarosite
(MFe3(SO4)2(OH)6, M = Na+, K+, NH4

+, H3O+), ferrihydrite (5Fe2O3 9 9H2O),
lepidocrocite (c-FeOOH), and goethite (a-FeOOH) [30, 135, 168, 169, 248]. The
minerals occurring in mine water depend mainly on the pH. Ferrihydrite and
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goethite are formed at pH [ 6.5, whereas the iron oxyhydroxysulfate schwert-
mannite dominates the mineral phase in waters with pH 2.5–4.5 [28, 30]. Thus,
schwertmannite is typically found in AMD [29, 98, 125, 135, 214]. However, it is
not a pure mineral phase: Schwertmannite is a metastable secondary mineral, and
changes in the water chemistry (e.g. increase or decrease of pH, changes in the
concentration of monovalent cations) lead to a transformation into jarosite or
goethite [2, 30, 177, 258].

Due to their chemistry, acid mine waters are optimal niches for some micro-
organisms. These microorganisms occurring in AMD were reviewed in detail by
Baker and Banfield [12], Johnson and Hallberg [123], and Hallberg [90]. Briefly,
microorganisms detected could be assigned to eight bacterial and two archaeal
divisions [12]. Bacteria typically found are Acidithiobacillus spp., Leptospirillum
spp., ‘‘Ferrovum’’ spp., Ferrimicrobium acidiphilum, Alicyclobacillus spp.,
Sulfobacillus spp., Desulfotomaculum spp., Desulfobacter spp., Acidiphilium spp.,
Acidocella spp., and Acidobacterium capsulatum. Ferroplasma spp. and Sulfolobus
spp. are typical archaea occurring in AMD.

A variety of inorganic electron donors and electron acceptors are present in
AMD for microbial energy generation, although ferrous iron (electron donor) and
ferric iron and sulfate (electron acceptors) are the dominating species. Therefore, it
is not surprising that most of the microorganisms are able to oxidize iron or to
reduce iron and sulfate. Heterotrophic acidophiles have been detected in minor
percentages [123].

Caused by low pH and high loads of contaminants, AMD is a worldwide
environmental problem. An example of the relevance of pollution by mine waters
is provided by the mining area of Lusatia (Germany), where it is estimated that by
2015 the discharged sulfate load into River Spree will rise up to 130,000 tons per
year [229]. The river itself is an important source of drinking water for a number of
cities, including Berlin, where up to 80 % of the drinking water is produced from
surface water [229]. Although the adverse effects of high sulfate concentrations on
freshwater biodiversity have so far not been reported [229], the need for treatment
of the water bodies and the corrosive effects on concrete buildings and other
structures in or near high sulfate burdened water bodies still cause additional costs
to individuals and the public as a whole. In addition, ferric iron hydroxide pre-
cipitates now reach River Spree and tributaries near Berlin. These precipitates
result from the input of ferrous iron into freshwater bodies which, upon dilution
with natural river water, are abiotically oxidized to ferric iron due to pH increases.
This problem has now come to the attention of the public, which is putting
pressure on responsible government departments because the pollution will likely
lead to major consequences for aquatic life.

National and international laws require the treatment of AMD. Apart from
conventional chemical treatment methods, biotechnological approaches that take
advantage of the ability of some microorganisms to metabolize iron or sulfate have
also been in the focus of research [124, 129, 133, 225]. Although this article
reviews biotechnological approaches for the remediation of AMD, it is different
from previous publications in two ways. Firstly, AMD treatment using microbial
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iron oxidation catalyzed by acidophilic iron-oxidizing microorganisms has not
been discussed in previous reviews. Secondly, apart from some more recent
research not summarized before, this review also provides an extensive literature
analysis on microbial sulfate reduction in an attempt to reveal process parameters
that influence the performance of this biotechnological application.

2 Overview of Remediation Strategies

The ideal remediation strategy is to prevent the formation of AMD. Prevention is
conventionally achieved by compaction, coverage, or underwater deposition
[106, 124, 145, 178, 212]. A further strategy to prevent AMD is the so-called
coating technology [68, 124]. Phosphate is added as apatite, which leads to the
immobilization of iron and lead as ferric phosphate and pyromorphite, respectively
[52, 277]. Due to the precipitation of ferric phosphate, the oxidant of the sulfide
mineral dissolution, ferric iron, is removed and the sulfide mineral is coated
simultaneously. Thus, the sulfide mineral oxidation is slowed down [124].

Prevention of AMD, however, may not always be feasible, thus requiring dis-
charge of mine water to be prevented and the water to be treated. Remediation
techniques for AMD are designed to reduce its volume; change the pH; lower the
levels of dissolved metals and sulfate; oxidize or reduce the contaminants; or
collect, dispose, or isolate the mine water or any metal-rich sludge generated [156].
The strategy used for mine water treatment is site-specific and depends on the water
quantity and quality, the occurring pollutants, and the space available [90, 156].

Although organic pollutants in bioremediation strategies are usually degraded
to carbon dioxide, inorganic contaminants are in general removed from the
aqueous phase by sorption or by formation of insoluble minerals due to the
transformation of their redox state [47, 90, 152, 188, 191, 199]. Because AMD is
mainly contaminated with metals and sulfate, various techniques for the removal
of these contaminants have been developed in recent years. These technologies can
be divided into abiotic and biotic remediation strategies, depending on whether
biological processes, which are generally performed by microorganisms, play a
role or not (Fig. 1). For both approaches, active and passive systems have been
developed for the treatment of AMD [124, 225]. In addition, (bio)sorption
provides another means of treating AMD, which is distinct from the former
approaches because it does not alter the redox state of metals and sulfate via
oxidative and reductive processes, respectively (Fig. 1).

Conventional active treatment technologies use chemical treatment to increase
the pH of AMD, leading to the formation of insoluble metal complexes and their
subsequent precipitation [225]. Additionally, physical processes such as nanofil-
tration, reverse osmosis, and ionic exchange can also be used for the removal of
metals and sulfate. In essence, these active abiotic treatment technologies are highly
efficient, but only at high costs due to the high energy demand and large amounts of
chemicals and expensive devices required for the process [124, 156, 226]. Over the
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last three decades, a number of bioreactor designs have been developed, which aim
at higher efficiency and better rates achieved by natural microbial sulfate reduction;
therefore, this represents an inexpensive approach. These bioreactor-based
approaches are defined here as active biotic treatment systems because they also
offer control of the process but, again, only in exchange of higher capital and
operational costs. In contrast, passive treatments utilize natural water flow,
chemical and biological processes to reduce dissolved metal concentrations and to
neutralize acid [113, 124, 156]. Consequently, the running costs for such approa-
ches are below those associated with active treatment technologies [124].

3 Abiotic Remediation

The common active abiotic strategy to remove metals from mine waters is neu-
tralization by addition of neutralizing chemicals or dissolution of limestone [225].
Since the beginning of the twentieth century, AMD has been treated by addition of
alkaline reagents (e.g. lime, calcium carbonate, sodium carbonate, sodium
hydroxide) [9, 56, 226]. Consequently, the pH increases and the chemical oxi-
dation of ferrous iron is accelerated. Ferric iron then precipitates as iron oxides and

Fig. 1 Strategies to treat mine waters using oxidative, reductive, and accumulation processes.
Biotic remediation techniques are marked in bold
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iron hydroxides, which are contaminated with metals from the solution resulting
from co-precipitation as carbonates and hydroxides or adsorption to the iron
precipitate [7, 8]. The oxidation rate, especially for the removal of iron, can be
improved by aeration using venture, cascade, or trickle filter; by mechanical
aeration; or by addition of oxidants (e.g. calcium hypochlorite, hydrogen peroxide,
potassium permanganate) [225, 281]. Due to its high water content and low
density, the iron sludge is voluminous [42, 163] and chemically unstable, resulting
in the release of adsorbed metals [8, 42, 163]. Therefore, the sludge has to be
disposed or recycled so that possibly released heavy metals do not affect the
environment. The disposal results in an increase of the operational cost of the mine
water treatment [8, 42].

The application of lime to raise the pH of the AMD water not only leads to the
precipitation of metals but also of sulfate (gypsum precipitation):

Na2SO4 þ CaðOHÞ2 ! CaSO4 þ 2NaOH ð3Þ

Despite the relatively low costs of lime, this broad range application, however,
only achieves the saturation state of gypsum in the treated water (depending on the
ionic strength of the solution between 1.6 and 1.8 g/l; [35]). The problem hereby is
that the solubility of gypsum is several times the concentration permitted by national
(e.g. Germany, Austria, USA) and European law (250 mg/l) for freshwater bodies.
Water with such sulfate concentrations is also unsuitable for reuse as process water
or in cooling systems due to the corrosive effects of the residual sulfate.

To overcome the problem of high residual gypsum concentration after precip-
itation, different alternative processes, such as the cost-effective sulfate removal
process or SAVMIN (Fig. 2) process, were developed. Both treatment technologies
are based on ettringite (Ca6Al2(SO4)3(OH)12�26H2O) precipitation at alkaline pH
(11, 12), which is achieved through the addition of inorganic aluminum compounds
and lime to AMD water. Because ettringite has a low solubility in aqueous solu-
tions, both processes lead to sulfate concentrations of\200 mg/l [110, 246].

Another approach, which exploits the precipitation of poorly soluble sulfate
compounds and also leads to the remaining sulfate concentration (0.24 mg/l) being
within the legal limits, uses soluble barium salts (barium chloride, barium car-
bonate, barium sulfide) to form barite (BaSO4) [103, 161]. However, barium sulfate

Feed
water

Metal
precipitation

Lime

Hydroxides

Gypsum
precipitation

Gypsum

Ettringite

Al(OH)3

Reagent
Recycle

H2SO4

Gypsum

Carbonation

CO2

Effluent

Fig. 2 Basic scheme of the SAVMIN process (based on [246])
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precipitation results in additional costs due to the toxicity of barium salts and the
associated need for appropriate disposal or thermal regeneration and recovery of the
barium from the waste products [110, 246].

In an alternative to limestone dissolution, metals are removed actively by
addition of other chemical reagents. Fly ash has been successfully tested in
preliminary studies to remove lead, copper, zinc, cadmium, nickel, cobalt,
molybdenum, and chromium [11]. In laboratory studies, the use of fly ash in
combination with carbon dioxide has been shown as promising treatment strategy,
because this lead to an increase in pH and a decrease in the concentrations of
various metals occurring in AMD [211]. Simultaneously, this approach may also
be used for carbon dioxide sequestration [211].

Other active treatment technologies are based on pressure-driven membrane
processes which, in combination with appropriate membranes, can be used for the
separation of particles or ions of various sizes: reverse osmosis (in combination
with membranes separating particles or ions \0.001 lm), nanofiltration
(0.001–0.01 lm), ultrafiltration (0.01–0.1 lm), and microfiltration (0.1–0.45 lm).
Furthermore, because these membranes can be selective for both cations and
anions, these techniques are applicable to both metal and sulfate removal from
AMD [70, 195, 225, 255]. However, a major challenge associated with the use of
membrane processes for the treatment of highly polluted waters is the potential for
fouling and scaling on the surface of the membranes. Therefore, membrane
techniques in general require pretreatment of the mine water (i.e. filtration) to
remove particulate matter and adjustment of the pH [41, 176, 181]. The continuous
application of pressure as the driving force is the main contributor to the relatively
high operating costs for membrane-based processes. Additionally, the resulting
concentrated solutions still require further treatment [166]. To overcome the
limitations of conventional membrane-based techniques, modifications have been
made to the original process leading, for example, to the development of the
seeded reverse osmosis process and the slurry precipitation and recycle reverse
osmosis process; apart from their lower energy consumption, these approaches
also require little to no pretreatment of the water (Fig. 3). To specifically coun-
teract scaling in electrodialysis, the process was modified. The major modification
was the regular change of the polarity of the electrodes in the system, therefore
changing the direction of ion flow, which, in turn, releases ions that accumulate on
the membrane surface (electrodialysis reversal).

Modern approaches for ion exchange processes use anionic, cationic, and
chelating ion exchange resins (organic polymers) or inorganic resins (zeolites)
with various active groups for the exchange of ions. The problems caused by
scaling at high concentrations of Ca2+ and SO4

2- have partially been overcome
through the development of the GYP-CIX process, which removes Ca2+ and other
cations by binding to a selective resin in a first step, followed by treatment of the
remaining solution with a resin for the binding of anions, thus also removing
SO4

2-. This approach therefore avoids precipitation and accumulation of gypsum
on the resins. Regeneration of the resins for cations (mainly calcium) and anions
(mainly sulfate) results in precipitation of gypsum due to the use of sulfuric acid
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(resin for cation exchange) and calcium hydroxide solution (resin for anion
exchange), respectively [149]. This approach has already been demonstrated to be
successful at pilot plant scale with the sulfate load of the effluent of the Berkeley
Pit (Butte, Montana, USA) being reduced from 8,000 to 200 mg/l [203]. Further
modifications of the GYP-CIX process aimed at better removal of dissolved metals
and precipitated minerals during pretreatment of the water, which, as a conse-
quence, increases the loading capacity of the ion exchange resin and, again, also
protects it against scaling (e.g. [70, 155]).

Although membrane and ion-exchange processes produce water of high purity,
both approaches also lead to large volumes of concentrated mine water, which
again results in additional costs for further treatment or disposal. This, in turn,
limits their application in mining due to the combination of high operational costs
and large volumes of acidic drainage water.

A variety of other methods, which originally were developed for the treatment
of industrial waste waters, may also prove applicable to counter high sulfate
concentrations of AMD waters or as an additional step to some of the above
outlined approaches (e.g. precipitative softening reverse osmosis, enhanced
membrane systems, two-pass nanofiltration, forward osmosis, capacitive deioni-
zation). However, experimental tests for such an application have not yet been
performed [27, 35, 245].

Generation of alkalinity by dissolution of limestone has been used in passive
oxidative remediation strategies since the 1970s [186, 187]. The basic principle of
this process is the channeling of mine waters through a bed of crushed limestone,
resulting in an increase of the pH and in the acceleration of the chemical iron
oxidation [286]. In open limestone channels (OLC), ferric iron formed precipitates
on the limestone, which may reduce the efficiency up to 42 % and thus may

Feed

Membrane
Feed Pump

Slurry
Feed
Pump

Slurry Tank

Cyclone

Concentrate

Permeate

Brine
Reject

Tubular
Membranes

Fig. 3 Basic Scheme of the slurry precipitation and recycle reverse osmosis process (based on
[126])
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prevent further reactions and dissolution of the limestone [93, 285, 286]. To
overcome the coating of limestone with ferric precipitates in OLCs, anoxic
limestone drains (ALD), pulsed limestone bed (PLB), and dispersed alkaline
substrate (DAS) strategies have been developed (Fig. 4) [93, 206, 224, 259]. Due
to the coverage of the limestone channel with plastic and impermeable soil or
sediment, in ALD anoxic conditions are achieved; thus ferrous iron remains in
solution and encrustation of limestone with ferric iron phases is avoided [224].
Consequently, ALDs are not suitable for the treatment of AMD waters with ele-
vated concentrations of ferric iron, aluminum, and oxygen [202, 222, 260]. In the
PLB process, mine water is aerated with carbon dioxide. Consequently, the acidity
of the water is increased and the limestone dissolution is accelerated, which
minimizes the coating of the limestone [93, 259]. The DAS is a fine-grained
reagent (e.g. calcite) mixed with a coarse inert matrix (e.g. wood chips). The small
grain size prevents a passivation, because the grains are dissolved before a thick
layer of precipitate is formed [205, 206].

Another abiotic passive oxidative approach to reduce the ferrous iron concen-
tration is the surface-catalyzed oxidation of ferrous iron described by Younger
[279]. Ferrous iron is adsorbed on ferric hydroxides occurring in mine waters and
is oxidized in situ due to dissolved oxygen [279].

Fig. 4 Schematic diagrams of passive treatment systems for abiotic remediation of acid mine
drainage (modified from [205, 225, 259])
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In contrast to abiotic remediation strategies, bioremediation has only more
recently been the subject of research and development. The selection of biotic
processes for the remediation of the high concentrations of metals and sulfate in
AMD is dictated by the specific chemistry of the pollutants. As outlined previ-
ously, the main pollutants, iron and sulfur, tend to occur in their most mobile
forms—reduced (ferrous iron) and oxidized (sulfate) forms, respectively [231].
Transferring them into their oxidized (ferric iron) and reduced (sulfide) states,
respectively, will decrease their solubility in AMD which, in turn, leads to
precipitation and removal of iron containing minerals and metal sulfides. From this
follows that bioremediation using oxidative and reductive metabolic activities of
microorganisms utilizing iron and sulfate to gain energy, respectively, represents
a sensible strategy. The application of the process for bioremediation will be
discussed in the following sections.

4 Biotic Remediation Using Oxidative Processes

Ferrous iron oxidation by acidophilic iron-oxidizing bacteria is the major oxidative
process in AMD waters [80, 90, 124]. Secondly, arsenic oxidation is obviously
mediated microbially as well, because Thiomonas spp., which are able to oxidize
arsenite and reduced sulfur compounds, were isolated from mine waters [21, 22,
53, 124]. Subsequently, the formed arsenate may be adsorbed on ferric minerals
present in AMD [6, 44].

4.1 Microbial Iron Oxidation

The oxidation of ferrous iron to ferric iron is dependent on the concentrations of
protons (pH) and dissolved oxygen (4). Although ferrous iron is chemically stable
in strongly acidic, oxygen-saturated waters, abiotic iron oxidation is fast in oxy-
gen-saturated waters with circumneutral pH [221]. The oxidation rate is first-order
with respect to ferrous iron and oxygen concentration and second-order with
respect to the concentration of protons [231]. Additionally, the oxidation rate
(k = 3 9 1012 mol/l/min at 20 �C) depends on the temperature (5) [231].

4Fe2þ þ O2 þ 4Hþ ! 4Fe3þ þ 2H2O ð4Þ

�d Fe2þ� �

dt
¼

k � O2
� �

� Fe2þ� �

Hþ½ �2
ð5Þ

At pH B 3.5 and at interfaces of aerobic and anoxic zones with neutral pH,
ferrous iron is oxidized by acidophilic iron-oxidizing microorganisms (e.g. Acidi-
thiobacillus ferrooxidans) or by microaerophilic neutrophilic iron-oxidizing bac-
teria such as Gallionella ferruginea and Leptothrix spp., respectively [99, 138].
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Recently, iron oxidation mechanisms of iron-oxidizing microorganisms were
reviewed by Bonnefoy and Holmes [39] and Ilbert and Bonnefoy [109]. The
pathway of microbial iron oxidation has not yet been identified for all iron oxi-
dizers, but it seems to differ between neutrophilic and acidophilic iron-oxidizing
microorganisms as well as within both groups. The model of iron oxidation of the
well-known acidophilic iron oxidizer At. ferrooxidans suggests an electron transfer
from ferrous iron via cytochrome c and the copper-bearing protein rusticyanin A
through the periplasm to the cytochrome aa3-oxidase in the inner membrane.
There, electrons are used for the reduction of oxygen to water [111, 174, 197]. The
energy yield from iron oxidation is low [111, 174]. Kelly [136] determined that At.
ferrooxidans has to oxidize 71 mol of ferrous iron to fix 1 mol of carbon dioxide.

Furthermore, the growth of acidophilic iron-oxidizing bacteria may be limited
by the availability of essential nutrients in mine-impacted waters. Phosphate occurs
only in traces in acidic mine waters [13, 257], because phosphate precipitates as
iron phosphates or is adsorbed to ferric minerals present [10, 231]. The resulting
low bioavailability of phosphate manifests itself as a reduction of the growth rate, of
the iron oxidation rate, and of the CO2 fixation rate as described for At. ferrooxidans
[215, 201].

Most of the microorganisms living in AMD are autotrophs; thus, CO2 is an
essential nutrient. Due to the poor solubility of CO2 under acidic conditions,
acidophilic iron-oxidizing bacteria may be limited by CO2 under atmospheric
conditions [231]. The growth rate of At. ferrooxidans and thus the oxidation rate
have been shown to be enhanced by aeration with CO2-enriched air [17, 89].

A third important nutrient is nitrogen. Mine waters are often nitrate-rich as a
consequence of the use of N-based explosives in former mining activities [13]. The
growth of iron-oxidizing bacteria has been reported to be inhibited by elevated
nitrate concentrations [37, 242]. The more important nitrogen source is ammo-
nium. A lack of ammonium can result in a reduction of bacterial activity [243].
Due to the absorption of ammonia from the atmosphere by acidic media, traces of
ammonia will often be present in acid mine waters [242] and may be sufficient for
iron oxidation [243].

Limiting effects of nutrients, such as the ones outlined here, should be con-
sidered with respect to the performance of biotic treatment techniques. In some
cases, a greater availability of the nutrients may increase the efficiency of the
bioreactors (described in Sect. 4.3).

4.2 Aerobic Wetlands

Net alkaline mine waters can be treated passively in aerobic wetlands, which
consist of a shallow trench planted with macrophytes (Fig. 5) [97, 279]. Although
abiotic iron oxidation is accelerated at near-neutral pH [221], iron oxidation may
be increased by the presence of biological components by a factor of 10 [262]. The
neutrophilic iron-oxidizing bacteria oxidize iron at interfaces of aerobic and
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anaerobic zones (e.g. G. ferruginea) or use organically complexed iron (Leptothrix
spp.) [124]. As a result of the plantation of macrophytes (e.g. Phragmites australis,
Typha latifolia, Juncus effusus), the operation of the aerobic wetland is improved. In
addition to achieving a regulation of the water flow, the iron oxidation is enhanced by
the oxygen flow to the roots and by iron uptake of the macrophytes [23].

In addition, iron arsenic is removed in aerobic wetlands as arsenate by
adsorption to ferric minerals formed [6, 44, 91] or by the formation of scorodite
(FeAsO4) [124].

4.3 Iron Oxidation Bioreactors

Ferrous iron is chemically stable at pH B 3.5; thus, iron occurring in acidic mine
waters can be removed biotically [221]. Therefore, iron oxidation bioreactors were
developed as an active treatment approach. Due to the low energy yield by ferrous
iron oxidation and the associated low cell yield, immobilization of bacterial cells
on a solid matrix has been considered. In the last decade, various materials have
been tested concerning their suitability as a support matrix. Most of the studies
cultivated At. ferrooxidans in packed-bed bioreactors (Fig. 6). Using various
materials as the matrix, bacterial cells were immobilized successfully and iron was
oxidized with removal efficiencies of up to 99 % (Table 2).

However, the various studies are hardly comparable, because different process
parameters such as medium, iron concentration of the medium, and retention time
were used. The studies revealed that the oxidation rate and the removal efficiency
are dependent on the material of the matrix, the iron concentration, and the
microorganisms used. Via cultivation of At. ferrooxidans in packed-bed bioreactors
filled with activated carbon, 95 % of ferrous iron was removed with an oxidation
rate of 52 g/l/h, which is the maximum oxidation rate reported among the papers
cited in Table 2 [86]. Nemati and Webb [173] and Kahrisi et al. [128] have reported
an inhibitory effect of elevated iron concentrations on the oxidation rate and the
removal efficiency. Furthermore, microorganisms have different oxidation capac-
ities under given process conditions [207]. The isolate particular bacterial strain of
Ferrovum, for example (which is related to the new, currently not validly described
species ‘‘Ferrovum myxofaciens’’), had higher oxidation rates in packed-bed bio-
reactors than At. ferrivorans NO37 (formerly assigned to At. ferrooxidans) under

Fig. 5 Schematic diagram of aerobic wetland (from [279])
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comparable conditions [207]. Thus, new iron-oxidizing bacteria might have a
greater potential for remediation of AMD than the well-known At. ferrooxidans.
Mixed cultures containing various iron-oxidizing microorganisms seem to be more
efficient for mine water treatment than pure cultures [207].

The approaches outlined previously have been tested in laboratory scale. At the
opencast pit Nochten (Lusatia, Germany), a plant to treat mine waters via microbial
iron oxidation with subsequent ferric iron precipitation has been realized on a pilot
scale (Fig. 7) [80, 101]. The plant was constructed to pretreat the acidic mine water
and thus to lower the amount of lime and costs for conventional treatment [101].
The biological iron oxidation is mediated by a microbial community from mine
water dominated by ‘‘Ferrovum’’ spp. and Gallionella relatives [101, 102]. In this
pilot plant, ferric iron precipitates mainly as the iron-oxyhydroxsulfate schwert-
mannite [98]. Because this mineral contains sulfur and (Leerzeichen fehlt) iron, the
concentration of sulfate in the water is lowered to some extent. Depending on
retention time and sulfate concentration in the inflow, 10–90 % of iron and up to
10 % sulfate are removed in the process [102, 114]. To improve the efficiency,
schwertmannite formed in the plant could be recirculated to increase the oxidation
capacity of the pilot plant, because viable cells have been detected in schwert-
mannite precipitated on carrier material occurring in the plant and in stored
schwertmannite [115, 236]. A further strategy to increase the oxidation capacity is
to overcome the low bioavailability of phosphate by phosphate addition [237].

As an alternative to packed-bed bioreactors, Hedrich and Johnson [100] sug-
gested a modular flow system for the remediation of AMD (Fig. 6). The first module
of the system is a continuous bioreactor inoculated with a ‘‘Fv. myxofaciens’’ culture
from mine water of an abandoned copper mine in northwest Wales. Approximately
80 % of the ferrous iron was oxidized after the first step. In the second module, the
pH of the mine water was raised from 2.3 to 3.5 by the addition of sodium hydroxide

Fig. 6 Schematic layout of packed-bed bioreactors (adapted from [207]) and schematic
construction of the modular continuous flow reactor suggested by Hedrich and Johnson [100]
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and of a flocculating agent, resulting in the precipitation of ferric iron formed in
module 1. The residual ferrous iron was eliminated by in situ oxidation mediated by
‘‘Fv. myxofaciens’’ and subsequent ferric iron precipitation in a trickle packed-bed
bioreactor as module 3 [100].

One major problem of iron oxidation bioreactors is the blockage of the system
as a consequence of the formation of ferric minerals. One possibility to antagonize
the blockage is that packed-bed bioreactors are performed at a pH value \1.5 to
minimize the amount of the ferric mineral formed (e.g. [86]). A further strategy
has been realized in the treatment plant located at the openpit Nochten. A chain
cleaner has been installed to remove the schwertmannite from the bottom of the
plant [115].

In contrast to iron sludge formed during the abiotic treatment, schwertmannite
can be dewatered relatively easily and used for industrial applications as pigment
for dyes or ceramics [14]. Due to its potential to adsorb metals, metalloids,
phosphate, and fluoride, schwertmannite can be applied in mine water treatment as
adsorbent as well [65, 66, 116, 200, 263]. It has been shown to eliminate arsenate,
cadmium, chromate, copper, lead, and zinc from mine water by co-precipitation or
adsorption [44, 200, 263].

5 Biotic Remediation Using Reductive Processes

Apart from precipitation and physical removal, only reductive processes are
available to eliminate sulfate from mine water due to the fact that sulfate is the
most oxidized form of sulfur. The biological sulfate reduction by prokaryotic
microorganisms provides an approach that can be operated at relatively low costs
[124]. In essence, the process uses microorganisms that cover their energy demand
from redox reactions whereby sulfate serves as the electron acceptor, thus being
eliminated from the medium or mine water (6). Moreover, this process also
consumes protons while producing alkalinity and hydrogen sulfide (H2S or HS-),
which leads to neutralization of the acidic pH and the precipitation of heavy metals
(e.g. iron, copper, zinc, cadmium, lead, mercury, nickel, molybdenum) and

Fig. 7 Schematic diagram of
the mine-water treatment
pilot plant located at the
open-cast pit Nochten
(Germany) (adapted from
[101])
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metalloids (arsenic, antimony) from the mine water in form of metal sulfides (MS;
Eq. 7).

SO2�
4 þ 8e� þ 8Hþ ! H2Sþ 2H2O þ 2OH� ð6Þ

However, it should be noted that the precipitation of metal sulfides may again
lead to the release of protons.

M2þ þ HS� $ MSðsÞ þ Hþ ð7Þ

Nevertheless, in practice the net change in acidity is directed towards higher pH
and increasing alkalinity which, in turn, leads to additional precipitation of metals
through the formation of metal hydroxides (e.g. in the case of aluminum and iron)
or as carbonates (e.g. in the case of zinc, manganese, and iron). However,
hydroxide and carbonate precipitation of metals represents only a minor fraction as
compared to precipitation as metal sulfides; therefore, it has not yet been evaluated
as an alternative for the targeted removal of metals by reductive processes.

For the selection of an appropriate treatment option, the efficiency of the pro-
cess should be evaluated on the basis of a number of criteria, in particular the
chemistry of the influent (the mine water) and effluent water and the prioritized
aim of the treatment [54, 124]. Other factors that should be considered when
choosing a treatment option are: (i) the characteristics of solid byproducts (sludge),
such as their volume, toxic potential, long-term stability, and disposal cost; (ii) the
availability of necessary operational resources (e.g. chemicals, energy); (iii) the
possible recovery of valuable products (e.g. metals); (iv) capital and operation
costs; (v) necessary land surface area for the treatment plant (especially in the case
of passive treatment systems, such as constructed wetlands); (vi) performance
criteria of the process (e.g. the volumes of water that can be treated by the tech-
nology); (vii) reliability, long-term stability, and expandability of the process;
(viii) personnel requirements; and (ix) legal regulations [54, 124].

If the prevailing conditions are suitable for the application of biological sulfate-
reducing processes, the decision between active and passive treatment options still
remains. Although active methods are mostly implemented using bioreactors, pas-
sive methods use naturally occurring processes in so-called constructed wetlands.

5.1 Basic Aspects of Microbial Sulfate Reduction

Detailed reviews on the basics of biological sulfate reduction and its application in
treatment processes have been published previously (e.g. [18, 94, 124, 141, 147,
171, 219]). Therefore, only a brief summary of the most important aspects are
provided in the following.

Prokaryotic microorganisms capable of reducing sulfate have been discovered
among both Bacteria and Archaea, whereby bacteria represent all but one of the
40 genera of known sulfate-reducing prokaryotes (SRPs). Overall, the currently
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known SRPs belong to four bacterial and two archaeal phyla [171]: (i) the gram-
negative, mesophilic Proteobacteria, whereby all of the known SRP are part of the
Deltaproteobacteria (e.g. Desulfobacter postgatei, Desulfovibrio desulfuricans),
(ii) the gram-positive endospore-forming Firmicutes (e.g. Desulfotomaculum
acetoxidans, Desulfosporosinus orientis), (iii) the thermophilic Thermodesulfo-
bacteria (e.g. Thermodesulfobacterium commune), (iv) the Nitrospirae (the ther-
mophilic species of the genus Thermodesulfovibrio), (v) the thermophilic and
hyperthermophilic Crenarchaeota (e.g. Thermocladium modestius and Caldivirga
maquilingensis, respectively),and (vi) the hyperthermophilic Euryarchaeota (e.g.
Archaeoglobus fulgidus, A. veneficus).

Sulfate-reducing microorganisms of these phyla also differ in terms of their
capacity to oxidize organic substances either completely to CO2 (e.g. Desulfob-
acter, Desulfonema, Desulfobacterium) or incompletely mainly to acetate (e.g.
Desulfomicrobium and the majority of the genera Desulfovibrio and Desulfoto-
maculum: [78, 171]. The end product of the dissimilatory reduction of sulfate is,
however, in all cases the fully reduced form of sulfur, hydrogen sulfide.

The dissimilatory reduction of sulfate is a multistep biochemical process.
Following the active uptake of sulfate into the cell by primary and secondary
transport systems, sulfate is activated in an adenosine triphosphate (ATP)-con-
suming step by the ATP sulfurylase, whereby the intermediate adenosine-5-
phosphosulfate (APS) is formed:

SO2�
4 þ ATP ! APS þ PPi ð8Þ

This energetically costly step is necessary because sulfate is a relatively inert
molecule with an E�0 of -516 mV for the redox couple sulphate–sulphite; thus, it
is too negative for the intermediary electron providers NADH (E�0 = -314 mV)
or ferredoxin (E�0 = -398 mV) that seem to be widely distributed among sulfate-
reducing bacteria [171]. APS is then reduced to sulfite by the APS reductase,
which then is reduced by a dissimilatory sulfite reductase to sulfide, though details
of this process are still to be resolved [171]. The energy yielded by this process
(sulfate reduction with lactate as electron donor: DGo

0 = -80 kJ/mol) is small
compared to aerobic respiration (e.g. aerobic oxidation of glucose: DGo

0 = -

1,140 kJ/mol), but typically (depending on the substrate and the active species)
higher than that obtained from methanogenesis (e.g. for acetoclastic methano-
genesis: DGo

0 = -31 kJ/mol methane, for the reduction of carbon (dioxide) with
hydrogen as electron donor: DGo

0 = -135 kJ/mol methane). The latter is
important for the application of SRP in bioremediation because it provides SRP
with the metabolic potential to outcompete methanogenic archaea, which in some
cases are able to use the same substrate [171].

In the absence of sulfate, SRP may also use other compounds as electron
acceptors, such as elemental sulfur, thiosulfate, sulfite, polythionates, polysulfides,
fumarate, nitrate, dimethylsulphoxide, or metal ions such as Mn(IV), Fe(III), UO2+

or As(V) [147, 157, 158, 179], whereby organic molecules are oxidized (e.g.
pyruvate is transformed to acetate, CO2 and H2) [78].
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Both autotrophic and heterotrophic lifestyles are known among SRPs with CO2

(autotrophic) or a range of organic compounds (heterotrophic) as the source of
carbon (for review, see [150]. Examples of electron donors and carbon sources that
have been analyzed in terms of their suitability for the application of microbial
sulfate reduction for bioremediation are lactate, ethanol, acetate, glucose, corn
steep [228, 269], ethanol, glycerol [140], methanol [79], complex organic sub-
strates such as animal manure, mushroom compost, and saw dust [283], synthesis
gas [239, 250], and activated sludge [43]. Industrial waste products such as tannery
effluent [40], glycerol-methanol waste from biodiesel production [284], and dairy
waste water [273] were also tested as alternative electron donors and carbon
sources. For the purpose of comprehensiveness, it should be mentioned in this
context that autotrophic growth by hydrogen-utilizing species solely with CO2 as
the source of carbon is not always possible because some also require an additional
organic carbon source for growth [33, 270]. For example, Widdel [270] showed in
experiments with Desulfovibrio species that only one-third of the cell mass orig-
inated from CO2, whereas two thirds were derived from the additionally added
acetate.

The natural environment of SRPs is typically that near the transition zone
between anaerobic and aerobic conditions or anaerobic environments, such as
those provided by marine and fresh water sediments, moorlands, anaerobic sewage
sludge, thermal springs, and oil reservoirs [147, 179]. There, SRPs are usually
associated with microorganisms possessing a fermentative metabolism, which
provide appropriate electron donors for the SRPs (e.g. degraded organic com-
pounds such as organic acids, ethanol, alkanes, aromatic compounds, or hydro-
gen). In the case of oxygen intrusion into the system, the microbial community that
also harbors fermentative bacteria is then able to reduce the dissolved oxygen
concentration due to the degradation of organic substrates, thus restoring anoxic
conditions [150]. Moreover, because a number of SRPs are able to use hydrogen as
an electron donor, they effectively reduce its concentration which, in turn helps the
fermenting microorganisms to continue with their metabolic activity [147]. Living
under anoxic conditions also avoids competition with faster-growing aerobic
microorganisms for essential nutrients [58, 143].

Dissimilatory sulfate reduction of clonal cultures of SRPs is only known under
anaerobic reducing conditions with a redox potential of approximately -100 to
-200 mV [105, 118], although some species may tolerate oxygen for a short time
period or are even able to live under microaerophilic conditions. There, oxygen or
nitrate can serve as electron acceptors for members of the genus Desulfovibrio, but
sustainable growth or sulfate reduction in the presence of dissolved oxygen has
only been reported for mixed cultures with aerobically living microorganisms
[210, 179].

One problem that impedes the application of sulfate-reducing microorganisms in
the treatment of AMD waters is their sensitivity towards low pH [120, 140]. This
can be caused by the influence of the pH on the inhibition potential of organic acids
and the distribution of two sulfur species, the nondissociated H2S(aq) and the dis-
sociated HS-or S2- [105, 108, 141]: the lower the pH, the higher is the proportion
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of the nondissociated form of hydrogen sulfide. The uncharged H2S(aq) is able to
penetrate the cell membrane, where it releases a proton due to the more neutral
intracellular environment of the acidophilic SRP, thus leading to a damage to or
even breakdown of the proton gradient [108]. The exact concentration of H2S(aq)

that can be tolerated by SRP is still unclear; various studies report a range from
40–80 mg H2S/l to even 1,000 mg/l [247]. However, it seems that SRPs are less
affected by high H2S(aq) concentrations than methanogenic archaea [184], thus
providing an advantage for SRPs over methanogens.

A possible reason for the reports on the observed wide range of tolerance limits
towards H2S(aq) may be provided by the fact that H2S(aq) cannot be regarded as an
isolated parameter since it also affects other constituents of AMD waters. For
example, the presence of high concentrations of sulfide ions leads to the removal
of dissolved metal ions due to the precipitation as metal sulfides. This may prove
to either be beneficial or detrimental for microbial growth, depending on whether
metal concentrations are toxic to SRPs (or, in the case of essential trace elements,
limiting for SRPs). Furthermore, other factors, such as the type of sludge (con-
taining SRPs) present in bioreactors, also seem to influence the tolerance of SRP
towards H2S(aq). For example, granular sludge seems to be less affected by H2S(aq)

than suspended sludge [108], which is likely to be a consequence of the sludge
functioning as protective barrier between the SRP and the H2S(aq).

Despite the fact that SRPs were the first anaerobic microorganisms (Desulf-
ovibrio desulfuricans, formerly Spirillum desulfuricans) to be isolated [24], it was
only as recent as the 1990s that microbial sulfate reduction was described in acidic
environments (e.g. [38, 88, 217, 244]). Further reports on the isolation of acido-
philic SRPs soon followed (e.g. [1, 3, 50, 137, 140, 142, 164]. However, suc-
cessfully isolated pure strains from AMD waters are still rare or not validated and so
far are limited to the bacteria [61].

Reasons for the rare detection of SRPs in AMD waters are thought to be
associated with the lack of organic substrate and the competition with iron-
reducing bacteria for electron donors [142].

5.2 Passive Treatment Systems

Alternative low-cost approaches to the abiotic systems mentioned previously may
be provided by promoting the naturally occurring biological processes that lead to
a removal of dissolved metals, sulfate, and acidity from the drainage water
(Table 3). The treatment of AMD in biological passive systems is mainly based on
processes that lead to an increase in the alkalinity and pH of the solution and to the
removal of metals and/or sulfate.

Some of these passive treatment systems are intended to simulate natural
wetlands and their natural potential for the remediation of polluted waters. The
first examples of such constructed wetlands were reported in the early 1980s
[238, 274]. Prerequisites for the successful performance of constructed wetlands

132 R. Klein et al.



T
ab

le
3

P
ro

pe
rt

ie
s,

ap
pl

ic
at

io
ns

,
an

d
m

ai
n

re
ac

ti
on

s
of

va
ri

ou
s

tr
ea

tm
en

t
m

et
ho

ds
fo

r
m

et
al

-
an

d/
or

su
lf

at
e-

be
ar

in
g

w
at

er
s

P
as

si
ve

sy
st

em
P

re
fe

rr
ed

w
at

er
R

ea
ct

io
ns

A
no

xi
c

li
m

es
to

ne
dr

ai
n

A
bi

ot
ic

A
ci

di
c

w
at

er
w

it
h

hi
gh

lo
ad

s
of

fe
rr

ou
s

ir
on

In
cr

ea
se

of
al

ka
li

ni
ty

an
d

pH
,p

re
ci

pi
ta

ti
on

an
d

se
tt

li
ng

of
m

et
al

s
in

su
bs

eq
ue

nt
ae

ro
bi

c
se

tt
li

ng
po

nd
A

na
er

ob
ic

w
et

la
nd

A
bi

ot
ic

?
bi

ot
ic

A
ci

di
c

w
at

er
an

d/
or

hi
gh

su
lf

at
e

co
nc

en
tr

at
io

ns
R

em
ov

al
of

ox
yg

en
,

su
lf

at
e

re
du

ct
io

n,
al

ka
li

ni
ty

ad
di

ti
on

R
ed

uc
in

g
an

d
al

ka
li

ni
ty

pr
od

uc
in

g
sy

st
em

A
bi

ot
ic

?
bi

ot
ic

A
ci

di
c

w
at

er
R

em
ov

al
of

ox
yg

en
,i

nc
re

as
e

of
al

ka
li

ni
ty

an
d

pH
,p

re
ci

pi
ta

ti
on

an
d

se
tt

li
ng

of
m

et
al

s
in

su
bs

eq
ue

nt
se

tt
li

ng
po

nd
S

ul
fa

te
-r

ed
uc

in
g

po
nd

A
bi

ot
ic

?
bi

ot
ic

A
ci

di
c

an
d

ne
ut

ra
l

w
at

er
S

ul
fa

te
re

du
ct

io
n,

in
cr

ea
se

of
al

ka
li

ni
ty

an
d

pH
,m

et
al

pr
ec

ip
it

at
io

n
D

iv
er

si
on

w
el

ls
A

bi
ot

ic
A

ci
di

c
w

at
er

w
it

h
lo

w
di

ss
ol

ve
d

m
et

al
co

nt
en

t
In

cr
ea

se
of

al
ka

li
ni

ty

L
im

es
to

ne
ch

an
ne

l
A

bi
ot

ic
A

ci
di

c
w

at
er

In
cr

ea
se

of
al

ka
li

ni
ty

an
d

pH
L

im
es

to
ne

sa
nd

A
bi

ot
ic

A
ci

di
c

w
at

er
,

lo
w

di
ss

ol
ve

d
m

et
al

co
nt

en
t,

sm
al

l
st

re
am

s
In

cr
ea

se
of

al
ka

li
ni

ty
an

d
pH

S
et

tl
in

g
po

nd
M

ai
nl

y
ab

io
ti

c
A

ci
di

ca
an

d
al

ka
li

ne
w

at
er

A
er

at
io

n,
pr

ec
ip

it
at

io
n

of
m

et
al

s,
se

tt
li

ng
of

su
sp

en
de

d
so

li
ds

A
er

ob
ic

w
et

la
nd

A
bi

ot
ic

?
bi

ot
ic

N
eu

tr
al

an
d

al
ka

li
ne

w
at

er
,

no
t

fo
r

hi
gh

di
ss

ol
ve

d
ir

on
co

nc
en

tr
at

io
ns

b
A

er
at

io
n,

pr
ec

ip
it

at
io

n
of

m
et

al
s,

se
tt

li
ng

/fi
lt

ra
ti

on
of

su
sp

en
de

d
so

li
ds

,
bi

os
or

pt
io

n

W
es

te
rn

P
A

C
oa

li
ti

on
fo

r
A

ba
nd

on
ed

M
in

e
R

ec
la

m
at

io
n,

20
08

;
W

ol
ke

rs
do

rf
er

an
d

B
ow

el
l

27
4]

a
T

o
re

m
ov

e
fe

rr
ou

s
ir

on
fr

om
ac

id
ic

w
at

er
,

a
pr

et
re

at
m

en
t

is
ne

ce
ss

ar
y

to
in

cr
ea

se
pH

of
th

e
w

at
er

b
P

re
ci

pi
ta

ti
on

of
hi

gh
am

ou
nt

s
of

ir
on

co
nc

en
tr

at
io

n
le

ad
s

to
a

ra
pi

d
fi

ll
in

g
of

th
e

po
nd

Bioremediation of Mine Water 133



are, apart from the presence of SRPs, sufficient organic material, which forms the
carbon source for respiring aerobic bacteria to consume dissolved oxygen. Addi-
tionally, organic material also provides substrate for fermenting microorganisms,
whose metabolites can be used by the sulfate-reducing organisms as electron
donors for the reduction of sulfate. A readily soluble or easily degradable organic
substrate will be consumed fast, thus not ensuring a long-term supply. This,
however, is easily overcome through the use of a mixture of quickly and slowly
degradable organic substances.

Sufficient iron (or other metal ions) will be necessary for the sequestration of
the resulting sulfide, although sulfides can also be retained as organic sulfide
species (e.g. aryl sulfides, thiols, thiophenes) as is the case in low-iron systems,
such as bogs or peat lands [181]. Thiols, for example, are formed by nucleophilic
substitution of alkyl halides, alkyl sulfonates, or sulfates with hydrogen sulfides.
The precipitation of dissolved metals (with a few exceptions, such as Al3+) results
in the liberation of protons (see Eq. 7) [280]. Because the reduction of sulfate
produces more alkalinity (bicarbonate) than acidity, the generated protons are
compensated for, thus maintaining net alkaline conditions [156]. Finally, metals
are also removed by sorption and/or uptake by the vegetation.

As for the abiotic systems, the selection of a passive treatment approach is also
dependent on the specifics of the mine water and of the site. However, apart from
hydrochemical features, flow rate and local topography also need to be considered
[96, 156, 190]. Extensive engineering guidelines for the construction of passive
remediation systems have been compiled by the PIRAMID Consortium [190].

Passive systems using microbial sulfate reduction for the treatment of AMD
waters also include the injection of appropriate substrates into the groundwater
layer, permeable reactive barriers, infiltration beds, anoxic ponds, anaerobic
wetlands, and anaerobic reducing and alkalinity producing systems (RAPS) or
successive alkalinity producing systems (SAPS) [124, 275].

5.2.1 Substrate Injection, Reactive Barriers, and Funnel-and-Gate Systems

One approach to promote the growth and activity of sulfate-reducing bacteria
in situ involves injection of organic substrates into the groundwater that is to be
treated. It remains open for discussion as to whether such an approach should be
assigned to the repertoire of passive treatment systems. However, it clearly
involves an active introduction of chemicals into the underground, although no
further control or input of energy is intended.

A pilot-scale application of the injection of organic substances was performed
at the Skado dam in the lignite mining region of Lusatia (Germany). The sulfate-
and iron-containing groundwater was channeled through a barrier, pumped up,
mixed with glycerol, and reinjected into the underground to promote the growth
and activity of SRPs for the removal of sulfate, the neutralization of the acidity,
and the immobilization of dissolved iron as sulfide [27]. This application resulted
in a complete neutralization of the groundwater, and sulfate removal rates of
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30–60 % were achieved [27]. Other substrates for SRPs used for similar in situ
applications were soybean oil and sodium lactate [189] and returned milk from a
dairy farm [119]. The use of these substrates also leads to an increase of the pH
and the reduction of sulfate and dissolved metals concentrations.

Reactive permeable barriers are underground installations set in the flow path of
contaminated groundwater filled with reactive material appropriate for the specific
application. Apart from the addition of limestone to increase the pH of the
groundwater and to support the precipitation of dissolved metals [124], the reac-
tive barrier may also be packed with organic material as a carbon source and
electron donor for SRPs to gain energy and to produce sulfide for metal precipi-
tation. Furthermore, dissolved oxygen can be minimized by the corrosive effect on
zero-valent iron within the reactive barrier; this may also be relevant in cases of
low-metal-containing water because the concentration of dissolved iron is
increased, thus leading to an improved precipitation of biologically produced H2S
[62, 77, 235]. Further improvements to the remediation performance can be
achieved through implementation of additional reactive barriers, as has been done
for the remediation of AMD water from the uranium deposit in Curilo, Western
Bulgaria [87].

An example of such a successful application is provided by the construction of
a full-scale permeable reactive barrier to treat an acidic metal (200–1,000 mg/l Fe,
max. 30 mg/l Ni) and sulfate (2,000–5,000 mg/l SO4) bearing groundwater [26].
The nickel contamination originated from the Nickel Rim Mine Site (Sudbury,
Ontario). Analyses of SRP in the reactive barrier, which consisted of municipal
compost (20 vol%), leaf mulch (20 vol%), woodchips (9 vol%), gravel (50 vol%),
and limestone (1 vol%), showed a 10,000-fold higher biomass and a 10-fold
greater enzymatic activity compared to the upstream aquifer. Two years after the
start of the treatment, 80 % of the iron content was removed, alkalinity increased
from \50 to [500 mg/l (CaCO3), and the concentration of nickel decreased to
\0.05 mg/l.

However, it must be stressed in the context of in situ bioremediation approaches
that they can only be judged as being successful if long-term stability of the
precipitated metal sulfides is achieved. This effectively requires permanent
anaerobic conditions, because contact with oxygen leads to the minerals being
oxidized and the metals liberated again into solution [62].

5.2.2 Constructed Passive Bioreactors with Organic Support Matrix

Passive bioreactors mainly use packings of complex organic material as support
matrix for the growth of microorganisms and as subtrate for reductive microbial
processes. Examples for this treatment system are the so-called anaerobic wetlands
or combined compost/limestone system, such as RAPS, SAPS, and the vertical flow
reactor. The latter are constructed with additional alkaline material (e.g. limestone)
to utilize the advantages of an anaerobic wetland combined with the provision of
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additional alkalinity for the system (as is the case with anoxic limestone drains,
described previously) for the treatment of net-acidic mine water [280].

The main differences between aerobic (Fig. 5) and anaerobic wetlands are
connected to the subsurface flow of the mine water in anaerobic wetlands and the
increased height of the organic layer. Anaerobic wetlands are preferred for
the treatment of net-acidic, sulfate-rich, and metal-rich waters [124, 156], whereby
the main biological reactions are sulfate reduction, methanogenesis, and ammo-
nification (nitrate ammonification, ammonification during mineralization of
organic material). The removal of metals represents the most effective application
of anaerobic wetlands.

The construction of the ponds for combined compost/limestone systems usually
comprises a layer of limestone at the bottom (0.5–1.0 m deep), an overlay of
organic material (0.15–0.60 m deep) and drainage pipes for the effluent solution.
The influent first percolates through the organic substrate, in which the dissolved
oxygen is consumed and ferric iron is precipitated. This prevents the precipitation
of dissolved iron (which would otherwise cover the underlying limestone) and also
leads to favorable conditions for SRPs which, in turn, thrive in the lower part of
the organic layer where they reduce dissolved sulfate. The resulting sulfides again
react with dissolved metals to metal sulfides. As a result of the biological activity
and the dissolution of the limestone, the alkalinity and the pH of the water are
increasing [124, 275, Western PA Coalition for Abandoned Mine Reclamation
website).

Overall, combined systems seem to have a higher alkalinity production,
resulting in higher treatment efficiency, and also a more stable performance than
anaerobic wetlands on their own [280].

An example of a pilot plant-scale RAPS was installed to treat iron-rich mine
water from an abandoned fluorspar mine near Gernrode in the Harz Mountains of
Germany [96]. The pilot plant consisted of a settling pond (aeration and settling of
precipitated iron hydroxides), a RAPS pond (lime stone, horse manure as organic
substrate), and an aerobic wetland pond for the oxidation, precipitation, and
retention of metals. The concentration of dissolved Fetotal was reduced from 20 to
5 mg/l, the pH increased from 5.5 to 7.0, and the acid neutralizing capacity rose
from 0.2 to 0.7 mmol/l.

Another example of a multistage process for the biological treatment of mining
waters was designed by Deusner [57]. In a first stage, the necessary organic
substrates (electron donor) were produced by microbial fermentation of silage. The
effluent rich in organics was, following an adjustment of the pH, transferred into a
fixed bed reactor (an active biological system, as described later) for microbial
sulfate reduction of the mine drainage water and concomitant precipitation of
dissolved metals as sulfides. In a final treatment step, the effluent was further
treated to remove remaining hydrogen sulfide and organic compounds prior to its
discharge into the natural waterways. This last step involved, for example, oxi-
dation of sulfide through addition of MnO2 or Fe2O3 and the aerobic degradation
of residual organic compounds.
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Passive systems filled with organic material may, however, be affected by
decreasing treatment efficiency over time. A potential explanation for this
decreasing efficiency may be offered by blockage of the pores within the substrate
layer through biofilm growth and precipitation of metal sulfides which, in turn,
results in lower hydraulic conductivity of the wetland. A solution to the problem is
provided by upflow ponds, in which the influent enters the pond via a distribution
pipe at the bottom (continuous outflow is achieved via perforated pipes in the
upper part; [51]).

The algal sulfate-reducing ponding process for the treatment of acidic and metal
wastewaters (ASPAM) directly utilizes algal biomass harvested from an aerobic
high-rate algal pond (HRAP) as organic substrate for subsequent biological sulfate
reduction in a facultative pond reactor (i.e. comprising aerobic and anaerobic
zones) [204]. The sulfide produced there then leads to the precipitation of the metal
ions. HRAPs are also considered for applications as a final polishing step of
effluent from the facultative pond reactor due to biosorption of residual dissolved
metals to algal biomass and for oxidative sulfide removal. An example of a
treatment plant based on the ASPAM system was built in Wellington (South
Africa) for the processing of tannery waste water [204].

5.2.3 Advantages and Disadvantages of Biological Passive Treatment Systems

Passive treatment systems, such as aerobic and anaerobic wetlands, use natural
chemical and biological processes for the removal of dissolved heavy metals,
sulfates, and acidity from contaminated waters. In theory, the biomass is generated
exclusively through biological processes, with sunlight providing the required
energy. These systems are self-regulating and should therefore be stable in the
long-term [147], although their full-scale application with real industrial or mine
water regularly demonstrates the need for maintenance. Apart from the large
footprint required for passive systems, in comparison to abiotic and active bio-
logical systems, they also suffer from low sulfate reduction rates and, in particular,
lack of control. Additionally, systems such as constructed wetlands can only be
used for the treatment of AMD in areas where a constant water supply can be
assured. The drying out of a wetland can result in the degradation of the organic
substrate, the oxidation of immobilized sulfides, and the release of metals followed
by the formation of sulfuric acid during the next rain fall [156].

However, because passive systems are overall low-cost alternatives to the more
expensive active systems, they deserve further considerations and investment into
future development, whereby a combination with other approaches may represent a
worthwhile strategy to be explored. Other means of improving the performance and
reliability of passive systems may focus on designs that result in the ponds neither
freezing up during the cold seasons nor building up sludge (e.g. metal sulfides), as
well as the use of appropriate vegetation [62]. For example, the negative influence
of varying and very low temperatures on sulfate reduction may be overcome by
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locating SAPS units directly within mine shafts (an in-adit sulfate-reducing sys-
tem), thus ensuring nearly constant environmental temperatures [118].

However, although passive systems appear to be simple in their design, such
modifications may affect the complex network of chemical and biological inter-
actions and of processes that are currently not fully understood. For example,
changes to internal hydraulic conditions or the organic carbon cycle in anaerobic
wetlands have likely an impact on microbial diversity and abundance [275].

5.3 Active Treatment Systems Using Biological Sulfate Reduction

Although the aim of this review is to provide a comprehensive overview of
strategies proposed for the remediation of high–sulfate-containing mine waters, it
has a specific focus on the performance of active biological treatment options
using a diverse set of reactor designs. These are therefore discussed in more detail.

5.3.1 Reactor Design

A vast variety of reactor designs have been reported for the application of
microbial sulfate reduction [120]. Several of these will be discussed in more detail.
A common feature to almost all of these reactor systems is the immobilization or
retention of the SRP within the bioreactor. SRPs are generally rather slow-growing
microorganisms that, if washed out by the stream of mine water passing through
the system, would render the process inefficient.

The formation of a biofilm appears to be the most efficient means of decreasing
the discharge of biomass out of and enhancing the biomass concentration within
the bioreactor [175]. This is of particular importance in the case of high flow rates
or high sulfate loads [172, 230]. Retaining biomass via the recycling of discharged
biomass back into the reactor provides an additional means of maintaining high
biomass concentrations [252].

The performance and sulfate reduction rates of continuous flow reactor systems
are influenced by a number of parameters, of which particular attention should be
paid to two process parameters: the sludge retention time (SRT: biomass retention
in the reactor) and the hydraulic retention time (HRT: average time for water
within the reactor). Long SRTs generally lead to stable processes and low sludge
production in the bioreactor; they can be achieved by biofilm formation of the
microbial biomass on appropriate carrier material within the reactor system.
Although short HRTs effectively mean that only small reactor volumes are
required, thus reducing investment costs, care must be taken when selecting the
optimum HRT. If the residence time of the mine water is too short, it may lead to
potential overload of the reactor system [79, 85]. Optimal SRTs and HRTs may be
achieved by firstly using long HRTs to support the growth of sufficient biomass
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within the reactor system and organisms within the biofilm to adapt to the
environmental conditions. Following this initial period, the HRT leading to
the optimum sulfate reduction rates is then experimentally explored [79, 85].

The basic design of continuously stirred tank reactors (CSTRs) is used in many
applications, although this design suffers from high washout of biomass, which
will negatively affect the efficiency of the treatment process. If long HRTs or small
loading rates are not an option to prevent wash out of biomass, then the separation
and recycling of the biomass from the effluent (e.g. by the use of anaerobic contact
processes with biomass recycling, the use of centrifugation, or the use of floccu-
lants) will be required to maintain high biomass content within the reactor system.
Examples of applications of CSTRs are laboratory-scale experiments for the
precipitation of zinc with biologically produced sulfide [67] or the development of
a high-rate sulfate-reduction process using a ‘‘self-regulating bioreactor concept’’
for improved process performance [185].

Gas-sparged reactor systems were among the very first designs used for
microbial sulfate reduction experiments with hydrogen and carbon dioxide as the
electron donor and source of carbon, respectively [232]. This reactor system does
not use immobilization of the biomass; therefore, it requires large reactor volumes
for sustaining a reasonable biomass for the process to be effective [232]. A further
characteristic of the gas-sparged reactor system lies in the collection of residual
gas at the top of the reactor, which then is cleaned and repressurized for sub-
sequent recycling back into the reactor. The recycling is necessary due to the large
volumes of gas required and the fact that hydrogen has a low solubility in water.
This, in turn, means that the system suffers from high energy costs for repressuring
of the gas and low mass transfer of the substrate to the bacterial cells. A kind of
gas-sparged bioreactor for the in situ sulfate reduction was established by Bilek
and Wagner [36]. Hydrogen was used as electron donor for autotrophic sulfate
reduction in a groundwater aquifer. The sulfide was used for the upstream pre-
cipitation of iron ions and excess sulfide was subsequently stripped with CO2 and
oxidized.

To overcome this disadvantage, permeable membrane systems have been
developed, which permit the supply of hydrogen and carbon dioxide via mem-
branes placed within the reactor system. This design leads to SRPs forming a
biofilm at the outer surface of these membranes, at the sites of highest concen-
trations of electron donors and carbon source. In contrast to gas-sparged reactor
systems, the hydrogen sulfide does not mix with the pressurized substrate gas (i.e.
hydrogen sulfide cannot pass the membrane), thus avoiding the need for energy-
consuming gas separation and recompression [232]. This reactor system has
already been tested with real AMD water at laboratory and pilotscales using
various membrane materials, process temperatures, and sulfate loading rates
[69, 232]. Another modification of the permeable membrane system uses a
silicone-based membrane to separate the SRP from the metal-bearing solution
within the bioreactor [49].

Airlift- or gas-lift reactors are particularly useful in applications where strong
shearforces negatively affect the reaction process because their specific design
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provides good mixing of the solution and, hence, good mass transfer. However,
because the biomass is maintained in a suspended state, only low biomass
concentrations as compared to fixed-biomass reactors are achieved. Furthermore,
as for the gas-sparged reactor systems, the gas-lift reactors also suffer from
low solubility of the hydrogen, which limits mass transfer of the electron donor
[253, 254].

The upflow anaerobic sludge blanket (UASB) reactor represents one of the
most used fluidized-bed reactor designs. Specific operating conditions—in
particular, a constant upflow of the mine water inside the reactor and high con-
centrations of organic substrate—lead to the microorganisms aggregating in solid
particles with a diameter of 1–5 mm. Due to their settling properties, these sludge
granules are retained within the reactor, where they form a moving sludge bed near
the bottom of the reactor, which, in turn, permits high flow and loading rates while
achieving good sulfate reduction rates [182].

UASB reactors are also used as part of a two-stage process for the biological
production of sulfide to precipitate lead [104], for example, or for the treatment of
drainage water of a municipal waste incineration bottom ash landfilling [223].
Further examples of the application of UASB reactors have been provided by Lenz
et al. [148], who compared the performance of UASB reactor under methanogenic
and sulfate-reducing conditions to remove selenium oxyanions from synthetic
water. Weijma et al. [266] used expanded granular sludge bed reactors (see next
paragraph) for the optimization of microbial sulfate reduction performance with
thermophilic microorganisms at 65 �C, thus favoring sulfate reduction over
methanogenesis, in particular when the chemical oxidation demand COD/SO4

2-

ratio was lowered from values [1.0 to 0.34 g/g.
A further development based on the UASB design is the expanded granular

sludge blanket (EGSB) process. This process is based on the same principles as the
UASB process, but differs in terms of design geometry, process parameters, and
construction materials. These modifications result in a partial expansion of the
sludge bed due to higher liquid and gas velocities, thus ensuring better contact
between the water and the sludge [75]. De Smul et al. [55] examined the effects
that varying ratios of COD/SO4

- and temperature might have on the sulfate
reduction performance of an EGSB reactor. To increase the amount of sulfate-
reducing sludge and the rate of sulfide formation in an UASB reactor, Gonçalves
et al. [82] developed a process (‘‘bioactivation’’) in which lactate was used as the
initial carbon source; this was subsequently gradually replaced by molasses,
leading to a 100-fold increase of biomass.

A means to overcome the problems typically associated to packed-bed reactors
(channeling, gas trapping, and precipitate covering the biofilm) is realized in flu-
idized-bed reactors, in which the carrier material is maintained in suspension, thus
providing good mass transfer for the substrate and large surface area for biofilm
formation [172]. The high biomass content of the reactor systems means that high
sulfate loading rates can be applied while maintaining high sulfate removal rates
from the water. However, continuous energy input to keep the carrier material

140 R. Klein et al.



fluidized is only achieved at higher operating costs compared to other reactor
designs [182].

A less energy-demanding design to overcome preferred flow paths, gas trap-
ping, and precipitate covering the biofilm is provided by moving-bed sand filters.
This design is, in essence, based on the continuous or semi-continuous cycling of
the carrier material (sand) for the biofilm within the reactor. To limit the thickness
of the biofilm and to remove precipitated metal compounds (e.g. metal sulfides)
from the biofilm, the sand is moved upward in an inner tube, with an internal air or
liquid lift as the driving force whereby part of the biofilm and the precipitated
metal compounds are removed and separated [196].

Anaerobic hybrid reactors use aspects of both UASB and packed-bed reactor
designs (e.g. cross-flow plastic media as biomass carrier) with a layer of granular
sludge in the lower part of the reactor and solid material in the upper part, thus
improving the filtration of the upstreaming waste water [83, 208].

The anaerobic baffled reactor is another modification of the UASB technology
in which the reactor interior is divided by baffles into several compartments. This
design is intended to increase the SRT within the reactor through the use of baffles
set in the flow path of the water. Although anaerobic baffled reactors are mainly
used for the treatment of organic-rich waste waters, they also appear suitable for
the treatment of sulfate-rich waters with SRP as the inoculum and under appro-
priate conditions (for a review, see [15]). In this context, studies investigating the
influence of the ratio of COD to sulfate within anaerobic baffled reactors have
already been reported [256].

The main characteristic and advantage of packed-bed reactors is connected to
the retention of the biomass in the reactor and a higher biomass concentration
compared to suspended systems which, as mentioned above, is of particular
importance in the case of slow-growing microorganisms like SRPs [172].
Immobilization of the microorganisms is achieved using a variety of solid carrier
materials (e.g. glass particles, sand, ground rocks, plastic, complex organic
materials). Packed-bed reactors can be operated at various flow modes (e.g. hor-
izontal, upflow, or downflow mode). Possible problems specific to packed-bed
reactors are the formation of preferred flow paths through the carrier material,
biologically produced gas (hydrogen sulfide, carbon dioxide, methane) being
trapped within the porous space between the carrier material, and the fact that
precipitated material (e.g. metal sulfides) may block the flow paths inside the
reactor or cover the biofilm, which then leads to a reduction of mass transfer of
electron donor molecules [140].

Despite this, packed-bed bioreactors appear to represent the more successful
designs among the bioreactor systems used for microbial sulfate reduction. For
example, a pilot-scale anaerobic packed-bed reactor was used by Silva et al. [220]
for the treatment of mine water with very high sulfate concentrations (up to 35 g
SO4

2-/l). The highest sulfate removal reached in the discontinuous and semi-
continuous experiments was 97 %. Moreover, the highest sulfate reduction rate
(65 g/l per day) reported so far (Table 4) has also been achieved using a packed-
bed biofilm column [230], although no details have been provided on the HRT at
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which the reactor was operated. However, relevant process parameters of this
study might have been the seeding of the bioreactor system with two strains of
SRPs (Desulfotomaculum acetoxidans strain DSM 771, Desulfobacter postgatei
strain DSM 2034), the use of acetic acid as substrate, and the removal of H2S via a
gas-stripping column [230].

5.3.2 Modifications to the General Design of a Process Using Microbial
Sulfate Reduction

Although the various reactor types appear to result in varying performance of the
sulfate reduction process (see below), sulfate reduction rates are also greatly
influenced by the individual approach taken for the treatment of the mine water.
The criteria on which specific treatment strategies are chosen depend on the
characteristics of the treatment site, the mine or industrial waste water, and the
particular aim of the process (e.g. sulfate removal, metal precipitation).

The one-stage process is the simplest strategy, which aims for sulfate reduction
and metal precipitation within the same reactor. The necessary electron donor for
the reduction of the sulfate is mixed into the inflowing mine water stream. This
design represents the most cost-effective solution among the active biological
systems. Particular problems associated with this approach may occur if acidic
mine or industrial waters containing a high metal load are treated because these
factors are known to inhibit or to be toxic to microorganisms, including SRPs.
Additionally, the formation of large amounts of metal sludge covering the biofilm
may also result in reduced activity due to limited diffusion of nutrients and sub-
strate molecules to the SRPs [233]. However, the removal of metal sludge also
results in loss of biomass [232].

To improve the efficiency of sulfate reduction and metal precipitation, several
reactors can be placed in series or part of the effluent can be used to dilute the
inflowing mine water, thus increasing the pH and reducing dissolved metal
concentrations. However, such modifications also mean higher investment and
operation costs. Due to the simple design and the direct contact of the microor-
ganisms with the mine water, it is necessary for the sulfide concentration within
the reactor to be sufficiently high to counteract the negative effects of sudden
increases in dissolved metals in the mine water. However, elevated sulfide con-
centrations have also been shown to negatively affect the performance of microbial
sulfate reduction processes (see below).

Two-stage processes have been developed in response to the limitations specific
to the one-stage approaches. The characteristic of the two-stage approach lies in
the metal precipitation step using recycled sulfide-rich effluent or gas from the
spatially separated sulfate-reducing reactor [233]. The sulfate-rich solution con-
taining low concentrations of metals is then treated for the sulfate load and the
production of sulfide. If only the H2S-bearing gas from the sulfate reduction stage
is recycled for the precipitation of the metals, no additional alkalinity is intro-
duced, which allows selective recovery of the metals. For example, copper already
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precipitates as CuS at very low pH values (\pH 1) where other metal sulfides are
still dissolved (e.g. [100, 107]). Two-stage processes have been implemented
in industrial applications to produce hydrogen sulfide from water containing
high sulfate and metal concentrations (e.g. SULFATEQ; Paques, Balk, The
Netherlands; [182]).

Although a two-stage process requires higher investment and operation costs
than are necessary for a one-stage process, the separation of sulfate reduction and
the precipitation provides important advantages over the latter. Apart from pro-
viding a means to avoid sulfide inhibition of the SRPs, it also allows selective
precipitation of metals and individual control and improvement of the conditions
for sulfate and metal removal.

6 Evaluation of Process Parameters that Influence the Biological
Sulfate Reduction Rate in Bioreactors

The extent of the scientific literature addressing the issue of microbial sulfate
reduction and its application in bioremediation and in industrial processes for the
treatment of polluted mine water might present an opportunity to extract relevant
correlations between process parameters and process performance. Therefore, a set
of 75 experiments (Table 4) has been analyzed, with the aim of detecting
parameters that might be the key to high sulfate reduction rates and hence tech-
nical performance of the treatment system.

6.1 Influence of the Hydraulic Retention Time

In most (56 out of 75) of the experiments screened for this analysis, carrier
material (sand, glass beads, plastic materials, etc.) had been added to the reactor
system to achieve immobilization of biomass, such as in the form of biofilm on the
carrier material. Another approach uses specific conditions within the reactor to
achieve formation of aggregates consisting of biomass and organic compound (e.g.
granular sludge in UASB reactors). Apart from a reduction of the costs due to
smaller reactor volumes being required, the immobilization of the biomass also
permits the decoupling of HRT and cell retention time, because it drastically
reduces the risk of biomass washout, particularly at shorter HRTs.

The comparison of the HRTs used in the various experiments to the resulting
sulfate reduction rates reveals that shorter HRTs generally lead to higher sulfate
reduction rates (Fig. 8). In particular, HRTs shorter than 4 h result in an increase
of the reduction rates (e.g. [20, 63, 170, 222, 251]). A number of factors may
contribute directly or indirectly to this observation and help to explain the cor-
relation between decreasing HRT and increasing sulfate reduction rates. This
section discusses some of these factors in more detail.
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Assuming a constant volume of the bioreactor, the HRT is reduced by
increasing the volumetric inflow rate into the reactor. Given a constant sulfate and
electron donor concentration (unless the electron donor is dosed separately) in the
inflowing water, the loading rates for sulfate and for the electron donor and carbon
source are increased, which, in turn, means that the sulfate and substrate flow into
the bioreactor per unit of time increase. This is likely to lead to an improved
supply of nutrients, energy, and carbon source to the microorganisms, which then
results in higher sulfate reduction rates [20]. However, it should be noted in this
context that at least one study reported that long HRTs (e.g. 40 h) resulted in a
better substrate (acetate) use by SRP relative to methanogens [4].

Higher flow velocity caused by increased volume inflow rates of water into the
bioreactor can also lead to an improved mass transfer between the liquid phase and
the biofilm due to greater turbulence and a reduction in the thickness of the laminar
zone directly above the biofilm. A higher flow velocity may further assist in
inhibiting competing microorganisms (e.g. methanogens), which are known to
require longer HRTs (e.g. HRTs in the range of 24 h) (e.g. [220, 282]).

However, higher inflow rates and shorter HRTs also mean that the time
available to the microorganisms to reduce sulfate to sulfide is shorter. If the
increase in the loading rate (sulfate, electron donor) is higher than the increase of
the (microbial) reaction rates, then this usually leads to an increase in sulfate
concentration and residual organic content (the electron donor/organic substrate)
in the outflow of the bioreactor.

Reviewing the literature also revealed a high level of variation in the rates of
sulfate reduction reported for identical HRTs. For example, for an HRT between
2.2 and 2.7 h, sulfate reduction rates ranging from 10 to 30 g SO4

2-/l per day have
been reported (Table 4). This indicates that in addition to the key parameter of
HRT, other factors also have a high impact on the performance of sulfidogenic
bioreactors.

Finally, the highest sulfate reduction rate (up to 65 g SO4
2-/l per day) within

the dataset has been reported by Stucki et al. [230]. Unfortunately, this report does
not provide any details on the HRT used in the experiment.
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6.2 Influence of the pH

The majority of the experiments (28 of 47) with information concerning the pH of
the treated mine or industrial water was undertaken using water of pH 6 or higher,
whereas fewer investigations (19 out of 47) were carried out with acidic waters
(pH \ 6). This may reflect the fact that only recently the potential of acidophilic
sulfate reducers has been recognized (e.g. [50, 140, 164, 194, 241]) and that the
optimal pH of most known sulfate-reducing microorganisms are within the neutral
pH range.

The overall indication from the literature is that with increasing pH (in the
range from 3.5 to 8.5; see Table 4) of the inflowing mine water, higher sulfate
reduction rates are being achieved (Fig. 9a). However, the comparison of the
various experiments also revealed that this general trend is accompanied by a large
number of exceptions (Fig. 9a). In particular, at a pH of approximately 7, the
sulfate reduction rates range from 0.12 to 46.0 g SO4

2-/l per day, whereas at lower
or higher pH the fluctuation between individual experiments is less extensive.
This, in turn, raises the question as to the factors responsible for these variations in
sulfate reduction rates at specific pH.

Further analyses were therefore undertaken to reveal potential correlations of
the sulfate reduction rate to the HRT for two sets of data, both defined by a narrow
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pH range (6.8–7.2 and 7.9–8.3); these were chosen because the largest set of
experiments are within these pH ranges (13 and 9, respectively). The results of this
comparison again expose the relevance of the HRT on the reactor performance
because the general trend indicates that shorter HRTs result in higher sulfate
reduction rates (Fig. 9b).

Unfortunately, the available datasets for experiments on the treatment of acidic
waters are small. However, based on the experimental data available, it can be
deduced that a decrease of the pH of the mine water generally leads to lower
sulfate reduction rates (Fig. 9a), presumably due to the increasing inhibition of
SRPs (e.g. [31, 120, 271]) (as already discussed in Sect. 5.1). However, several
publications revealed that the application of the microbial sulfate reduction to
acidic mine waters is possible [34, 50, 73, 120, 140, 241] due to the presence of
acidophilic sulfate reducing microorganisms.

6.3 Influence of Temperature

The majority of the experiments (65 of 75) were carried out under mesophilic
conditions (20–35 �C), whereas only a minority (7) of the experiments tested
thermophilic temperatures (50–65 �C). This may reflect the fact that the majority of
the known sulfate-reducing microorganisms have a temperature optimum in the
mesophilic range between 20 and 40 �C [19, 45], with only a few reports (e.g. [139,
198, 209]) on psychrophilic (\15 �C) and some others (e.g. [55, 222, 253, 265]) on
thermophilic (54–94 �C) SRPs. It might be expected that rates of biochemical
reactions increase with increasing temperature within the tolerance limits of the
corresponding enzymes and organisms. However, the experiments using thermo-
philic process conditions (52–65 �C; e.g. [55, 222]) indicate that higher process
temperatures, independent of the HRT applied, do not always lead to increased
sulfate reduction rates (Table 4; Fig. 10). In addition, the application of thermo-
philic SRPs is likely to cause additional costs because such a process requires
preheating of the mine water stream in order to ensure the high activity of the
thermophilic sulfidogenic microorganisms.

Due to the limited number of experiments for the more extreme temperature
ranges (i.e. 50–65 �C; Fig. 10), we will consider only the experiments that were
carried out within the mesophilic temperature range (i.e. 22–35 �C). Within this
range of temperature, the performance of the sulfidogenic process does not seem to
be affected obviously (Fig. 10), and other factors (e.g. pH, HRT) appear to have a
greater impact on the sulfate reduction rate. However, care must be taken in
interpreting these observations due to the small number of experiments available
for the specific temperatures tested (e.g. only two experiments for 31 �C and one
for 32 �C). These experiments are unlikely to represent the total range of variation
in sulfate reduction in the temperature range suitable for mesophilic microor-
ganisms. Additionally, there is a high fluctuation in the sulfate reduction rates at a
given temperature (Fig. 10). All of the reduction rates at a process temperature of
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33 and 35 �C are as low as those achieved at 22 or 30 �C. Due to the higher
operating costs while using higher bioreactor temperatures, it is doubtful that
higher process temperatures sufficiently improve sulfate reduction rates.

The extent to which parameters other than the HRT or the sulfate feed con-
centrations and volumetric loading rates influence the sulfate reduction rate at a
given temperature (Table 4) is even less understood. For example, the variation in
sulfate reduction rates observed in experiments that were carried out at 30 �C does
not correlate to reactor design (experiments at 30 �C were taken for this com-
parison due to the relatively high number of reports available). The three highest
sulfate reduction rates at 30� C were achieved using a packed-bed, a gas-lift and a
membrane bioreactor. Similarly, the substrates used for these experiments also
varied (H2/CO2, sewage sludge, ethanol). The two highest sulfate reduction rates
(30 and 46 g/l per day) at a temperature of 30 �C were achieved at short HRTs
(2.25 and 3.4 h, respectively), again supporting the notion that short HRT (B4 h)
represents the most obvious parameter that positively correlates with sulfate
reduction rate. However, using a membrane bioreactor run at 30 �C Bijmans et al.
[34], reported a sulfate reduction rate of 18 g/l per day with an HRT of 30 days.
This is in stark contrast to the previous findings that long HRTs tend to lead to a
lowering of the sulfate reduction rate. However, it should be noted in this context
that, based on the available information, such an approach would only be appli-
cable to mine water with very high sulfate loads.

6.4 Influence of the Bioreactor Design

Improvements to the performance and efficiency of the active microbial sulfate
reduction process at the laboratory and pilot-plant scale has mainly focused on
modifications to bioreactor designs. This is reflected in the variety of reactor types
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found among the experiments screened in this literature analysis (6 of the 75
reports analyzed did not provide detailed information on the reactor design):
upflow or downflow packed-bed reactor (34 reports), CSTR (9), fluidized-bed
reactor (5), gas-lift reactor (4), EGSB (4), ASB (6), membrane bioreactor (2) and
sludge-bed reactor (2).

The comparison between reactor design and reactor performance reveals that
bioreactors with immobilized biomass, such as the packed-bed reactor, generally
lead to higher reduction rates (between 20 and 65 g SO4

2-/l per day) than what is
achieved using other reactor types (Fig. 11). The better performance is likely to be
connected to the higher biomass content due to its immobilization and the
decoupling of HRT and cell retention time. Indeed, plotting the HRT applied in
the 23 experiments using packed-bed reactor designs against the sulfate reduction
rate revealed the general trend that shorter HRTs lead to higher sulfate reduction
rates (Fig. 12), thus reflecting the overall tendency within the dataset (see above).

Gas-lift reactors also performed well (Fig. 11), probably due to the good mass
transfer and mixing ability of the reactor interior, which is characteristic for the
reactor type and known to improve the efficiency. Some reactor designs (e.g. gas-lift

Fig. 11 Ratio of experiments using various bioreactor designs. Data are retrieved from Table 4
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reactor, membrane, or sludge-bed reactor) were used only in few experiments. Care
should be taken when drawing general conclusions from this because the observation
may not be representative for the reactor performance in general.

6.5 Influence of the Substrate

Sulfate-reducing microorganisms are able to use a variety of organic electron
donors and substrates, which have a major influence on the sulfate-reducing
activity for two main reasons. Firstly, the various molecules serving as electron
donor for the sulfate reduction provide varying amounts of electrons per molecule
that is oxidized. This, in turn, determines the amount of electron donor molecules
that are required for the reduction of sulfate. Additionally, the electron donor may
be oxidized completely or incompletely by the sulfate-reducing microorganism
(see above).

Based on the information provided by the 75 experiments screened in this
review, it is again difficult to draw general conclusions on the influence of the
various electron donors typically used in sulfidogenic bioreactors on the sulfate
reduction process due to the relatively low number of experiments. Nevertheless,
these experiments still indicate that the electron donor also plays an important role
in the sulfate reduction process (Fig. 13). However, the use of a particular electron
donor does not always lead to particularly high sulfate reduction rates, thus
underlining the complexity of the system. For example, while experiments using
lactate as the electron donor resulted in the highest sulfate reduction rates, there
were also reports of particularly low rates (Table 6, Fig. 13). Moreover, as men-
tioned previously, lactate proved to be not suitable as an electron donor when
acidic mine water were to be treated due to its function as organic acid under those
conditions (pH range of 3.5–6.0: Table 6). The highest sulfate reduction reported
among the 75 experiments analyzed in this review were, however, generally
achieved using organic acids as electron donors (Table 5) because the mine waters
treated in those experiments were circumneutral. Other parameters that seem to
have a negative impact on the performance of the sulfidogenic bioreactors with
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lactate as the electron donor were carrier materials other than sand (glass beads,
‘‘biomass support particles,’’ depleted organic substrate: [20, 240]) and long HRTs
(Table 6).

However, lactate does not represent a likely substrate in an industrial process
due to costs associated with it and, as mentioned, would not be applicable to acidic
mine drainage waters. In contrast to this, sewage sludge may represent the most
cost-effective electron donor for the treatment of neutral pH waters, and a mixture
of sucrose and ethanol was identified as the best performing electron donor for
acidic mine waters with a pH [ 4.5 [162].

Table 5 Summary of the highest reported sulfate reduction rates ([10 g/l per day) and the
substrates used in those bioreactor experiments

Substrate Sulfate reduction
rate (g/l*d)

Hydraulic retention
time (h)

pH Reference

Acetate 10 2.5–1.9 7.9 [63]
Sucrose, ethanol 12.4 6.0 4.3 [162]
Acetate 14 2.5 8.3 [169]
Lactate 16.3 2.7 7.0 [20]
Formate/hydrogen 18 720 5.0 [34]
Lactate 19.2 2.7 7.0 [20]
H2/CO2 30 2.25 7.0 [251]
Lactate 41 0.5 7.0 [20]
Sewage sludge 46 3.4 6.85 [216]
Acetate 55.3 ? 7.5–8.5 [230]
Acetate 65 ? 7.5–8.5 [230]

Table 6 Summary of the sulfate reduction rates, the hydraulic retention times, the carrier
material, and the pH of the inflow in experiments using lactate as electron donor
Reference Reactor design Temperature (�C) e-

Donor
Hydraulic
retention
time (h)

pH Sulfate-
reduction rate
(g/l*d)

[20] Packed bed reactor—sand 22 Lactate 0.5 7.0 41
[20] Packed bed reactor—sand 22 Lactate 2.7 7.0 19.2
[20] Packed bed reactor—sand 22 Lactate 2.7 7.0 16.3
[20] Packed bed reactor—

biomass support
particles

22 Lactate 5.3 7.0 4.8

[20] Packed bed reactor—glass
beads

22 Lactate 28.6 7.0 0.96

[240] Downflow packed bed
reactor—depleted org.
substrate

Room
temperature

Lactate 6.6 4.2 0.76

[120] Upflow packed bed
reactor—coarse sand

25 Lactate 16.2 4.5 0.48

[120] Upflow packed bed
reactor—coarse sand

25 Lactate 16.2 6.0 0.1

[120] Upflow packed bed
reactor—coarse sand

25 Lactate 16.2 3.5 0.0003
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Methanol was not among the best performing electron donors, with reduction
rates below 10 g/l per day (Fig. 14). This may, however, be explained by the fact
that the majority of those experiments were undertaken with acidic mine waters
since methanol often serves as an alternative to organic acids at acidic pH (see
above). In these cases the reduction rates were below 4 g/l*d (Fig. 14). Other
reasons for the generally low sulfate reduction rates at mesophilic temperatures if
methanol is used as substrate are likely linked to the fact that methanol appears to
only support low growth rates and low sulfate reduction rates [150]. Additionally,
there seems to be a strong competition between sulfate reducers, methanogens, and
homoacetogens for methanol at mesophilic temperatures [267]. This limitation can
be overcome when thermophilic sulfate-reducing microorganisms are being used
(Fig. 14; [249, 265]). Higher temperatures (50–65 �C) during the biological sulfate
reduction with methanol as an electron donor seem to promote higher metabolic
activity and faster growth rates [264]. High reaction temperatures have the
additional advantage that methanogens, which also compete for methanol as an
electron donor, are outcompeted by sulfate-reducing microorganisms [249].

One explanation for the high fluctuation of sulfate reduction rates found among
the 75 experiments may be provided by the findings of a comparison of the sulfate
reduction rates in dependence of various sulfate feed concentrations and volu-
metric loading rates [20]. These results indicate that higher feed concentrations of
sulfate resulted in lower sulfate reduction rates at the same sulfate volumetric
loading rates. Furthermore, increasing loading rates had a positive effect on the
sulfate reduction rate, up to a threshold value above which the sulfate loading rate
leads to decreasing sulfate reduction rates. Similar results were reported by
Genschow et al. [74].

6.6 Other Factors that May Affect the Sulfate Reduction Rate

As mentioned above, hydrogen sulfide is the end product of microbial sulfate
reduction and can have an inhibiting effect on the activity of the SRP. Depending
on the microbial community (e.g. pure or mixed culture, origin of the inoculum)
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and chemical conditions (in particular the pH, which governs the ratio of the
various sulfide species), several inhibitory concentrations were reported in the
literature, ranging from 40 mg/l [230] to values as high as 1,000 mg/l [247].

To ensure that hydrogen sulfide does not negatively impact the sulfate reduction
process, biologically produced hydrogen sulfide was removed from the bioreactor
in some of the experimental reports analyzed here. This stripping of hydrogen
sulfide, which was mostly achieved by applying nitrogen gas to the reactor, always
resulted in an increase of the sulfate reduction rate. For example, the partial
removal of hydrogen sulfide from the bioreactor by Bijmans [31] led to an increase
in the sulfate reduction rate from 1.25 g/l per day to 4.9 g/l per day. The highest
sulfate reduction rate of 65 g/l per day reported within the dataset of 75 experi-
ments [230] was again only achieved when the concentration of free H2S was
limited to 40–50 mg/l, whereas [251] observed the highest reduction rate (30 g/l
per day) by limiting the free H2S concentration to values below 450 mg/l.

In conclusion, the analysis of 75 experiments investigating the impact of var-
ious factors on the sulfate reduction indicates an important role of several process
parameters, but did not reveal an individual parameter that, when changed, results
in a drastic improvement in the performance of the process. In-depth multivariate
statistical analyses to further disentangle the complex association between the
various process parameters and the achieved performance of the process may also
prove to be impracticable due to the limited information provided for many of the
experiments. Moreover, direct comparisons between the experiments carried out
by the various research groups are potentially misleading because probably each of
those experiments used a unique microbial assemblage within the bioreactor. The
differences in the composition of those complex microbial communities also
underlines the difficulty in predicting the outcome caused by changes to this
intricate process. Nevertheless, it has become clear that circumneutral pH and
short HRTs with the biologically formed H2S being removed from the bioreactor
are particularly beneficial to the performance of the bioreactor-based microbial
sulfate reduction process. Additionally, bioreactors designed to retain the micro-
bial biomass in form of an immobilized biofilm on carrier material also appear to
positively influence the performance of the process, particularly in combination
with short HRTs. A similar recommendation cannot be deduced concerning the
substrate, although lactate appears to be the best performing. However, in practice
the price of lactate may drastically increase the operational costs of the process
and, hence, be a hindrance to its use.

7 Perspectives

Biotechnological treatment strategies developed in recent years are environmen-
tally sustainable but often not economically feasible. Thus, further developments
are necessary in the future to make biotic mine water remediation economically
more attractive.
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A main reason for the lack of economic feasibility is associated with the
complexity of biotic remediation systems in comparison with abiotic treatment
methods. Chemical, biological, and technical aspects have to be considered.
Varying water chemistry and process parameters, such as retention time, influence
microbial growth. Against prior expectations, At. ferrooxidans plays a minor role
in microbial communities of mine waters (e.g. [102]). Microorganisms dominating
the microbial communities of acid mine waters (e.g. ‘‘Ferrovum’’ sp.) often have
higher oxidation rates than the well-known At. ferrooxidans and, thus, they may be
interesting for biotic remediation [207]. These bacteria should therefore be isolated
and characterized to better understand their physiological requirements and opti-
mal growth conditions. This, in turn, will reveal and quantify their potential for
applications in mine water treatment. Apart from the use of new iron-oxidizing
bacteria, the treatment efficiency may be further increased through the combina-
tion of iron oxidation bioreactors with abiotic remediation strategies. Such an
approach consisting of an aerobic wetland, a compost reactor, and a rock filter has
been used at a pilot plant to remediate mine water discharged from the Wheal Jane
mine in Cornwall [91]. The economy of iron oxidation bioreactors may addi-
tionally be improved by the development of ferric mineral formed during micro-
bial iron oxidation for commercial use. For example, preliminary studies have
already demonstrated possible applications of schwertmannite, which is typically
formed in AMD [14, 65].

As for the oxidative approach, the major challenge for the widespread and
routine application of microbial sulfate reduction for the elimination of sulfate
from AMD also appears to be associated with the complexity of the process. For
example, the process is sensitive to changes in the water chemistry, with sudden
inputs of high levels of metals toxic to microorganisms potentially causing a
breakdown. On the other hand, it is yet unclear as to whether high sulfide pro-
duction causes a limitation of trace elements required for cellular functioning.
Preliminary experiments in our laboratory have been carried out to test this
hypothesis using copper, as copper sulfide has a particularly low solubility even at
acidic pH. The results revealed that the addition of low levels (up to 2 mg/l) of
copper (added as CuCl2) to a microbial consortium of SRP resulted in higher
sulfate reduction rates (unpublished results), thus indicating that copper may
indeed be limiting. Continuous removal of hydrogen sulfide formed by the
microbial activity therefore appears to be of particular relevance since, apart from
its direct toxicity to the microbial cell (see above), it also indirectly exerts growth
limitation on the microbial consortium within the bioreactor and hence on the
performance of the process. Further examples for the complexity associated with
the application of the microbial sulfate reduction process for bioremediation of
AMD is the competition between SRP and other microorganisms that use the same
substrate(s) or microbially produced breakdown products thereof.

Acidity and high temperatures may be the key to support SRP over methano-
genesis, which also requires anoxic process conditions. Acidophilic [1, 3, 50, 137,
140, 142, 165] and thermophilic (e.g. [132]) SRPs have been isolated and their
application been demonstrated for the sulfidogenic process. Using acidophilic
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SRPs additionally permits to specifically recover some of the metals due to pH-
dependent differences in the solubility of the various metal sulfides [100] or, to a
lesser extent, metal hydroxides. As prices for some of these metals rise, this
approach may provide a realistic option to improve the economic viability of
microbial bioremediation strategies, similar to the use of schwertmannite resulting
from microbial iron oxidation. In this context, it is worthwhile to discuss once
more the potential benefits of combining abiotic and biotic strategies for the
remediation of AMD. Recovery of metals through metal sulfide precipitation in
bioreactors should, for example, be more relevant if the metal content is suffi-
ciently high, which could be achieved via membrane-based filtration techniques
(e.g. nanofiltration).

Apart from reliable performance, the main requirement of the process still
remains to be the sulfate reduction rate, which must manifest itself in a difference
between the sulfate concentration of inflowing AMD and treated water leaving the
bioreactor that is sufficient for subsequent discharge into natural waterways.
Achieving such an elimination of sulfate within a manageable retention time of the
mine water appears to be only feasible with active treatment systems. However,
the huge volume of AMD within pit lakes in former or active mining areas means
that bioreactor-based designs are unlikely to provide a solution to the problem.
Here, improvement of in situ strategies using microbial sulfate reduction seems to
be the only available option for bioremediation to play a major role.
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Biosorption: A Mechanistic Approach

Marios Tsezos

Abstract The ability of microbial cells to sequester solutes selectively from
aquatic solutions, via nonmetabolically mediated pathways, has been termed
biosorption. The mechanism of biosorption has been shown not to be simple and
often specific to the biomass–solute pair. The understanding of the mechanism at
play, in each biosorption system, is a prerequisite for the understanding of the
stoichiometry, the equilibrium, the kinetics, the selectivity, and the engineering
process application potential. Biosorption has been studied mostly for inorganic
ionic solutes, but there is also reported work on the biosorption of organic mole-
cules. Reference is also made to the biosorption engineering application issues.
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1 Introduction: Definitions

The rapid population increase along with the industrial development of the last
several decades gave, among other influences, rise to the concern for environ-
mental protection and sustainability. The traditional environmental pollution
control technologies of the biological or physical–chemical type have been suc-
cessfully refined and applied. Their efficiency, however, may not readily allow
compliance with the more recent ‘‘zero discharge’’ principle for environmental
pollutants. As a result, the quest for new and more efficient sequestering tech-
nologies strengthened the emerging need for new processes that would be able to
take over from where the traditional ones ended. In other words, it is desirable to
be able to feed the final treated wastewater that flows out of traditional treatment
schemes into new installations that would allow the ultimate effluents to have even
lower pollutant levels, employing novel treatment operations.

In addition to the environmental protection and within the frame of sustain-
ability, the recovery of resources contained in effluents or natural waters also
became of significance. Such examples are the use of seawater, acid mine drain-
age, and industrial effluents for resource recovery purposes.

All such potential technological developments require underlying processes that
are selective, low-cost, efficient, and environmentally friendly. Such a candidate
process is the interaction of microbial biomass with ionic species in complex
aquatic environments, resulting in their sequestration by the microbial biomass.
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This is a phenomenon that had been noticed and reported in basic scientific
research not later than the middle of the previous century. The complexing of
uranium ions with unknown yeast cells ‘‘surface components,’’ both metabolically
and not metabolically linked, has been reported as early as 1948 [1]. The accu-
mulation of radionuclides by marine organisms from seawater through processes
‘‘likely independent of cell life function’’ was also reported [2].

Gradually, the interaction of metal ionic species with microbial cells attracted
further attention with reports appearing even more frequently in the scientific
literature [3–8].

Specific tools for the detailed mechanistic and engineering study of the
phenomenon of metal–microorganism interactions were not available. One first
systematic study on biosorption adopted and applied the tools that were being used
in the study of activated carbon adsorption processes, namely the determination of
the sorbent–sorbate equilibrium and kinetics, using sorption equilibrium isotherms
and classical batch reactor kinetics studies. At the same time, it was also proposed
to use the term biosorption as a hybrid of the term adsorption [9, 10]. This term has
since been well accepted and is being used within a variety of contexts.

As first, biosorption was proposed as a term for the phenomenon of the
sequestering of metal ions from solutions by inactive (nonliving) microbial
biomass, leaving all metabolically mediated processes out [9, 11]. The term was
not initially meant to describe the purely chemical interactions of biopolymers,
such as chitin or cellulosic polymers, with metal ions. As the reported work on
biosorption expanded, the mechanistic significance of cellular biopolymers
became evident [11–13]. The boundaries, however, between inactive microbial
cells biosorptive uptake and metal uptake by the biopolymers alone or other
biomaterials (e.g., agricultural residues) became less distinct in the literature.

The semantics of biosorption became even more cloudy when the study of
biomass-based sequestering processes included the study of living cells where the
passive physicochemical biosorptive phenomena could couple with metabolically
mediated sequestering via, for example, the complexing or precipitation of the
sequestered species through metabolic routes. Terms such as bioaccumulation and
bioprecipitation have been proposed and are being used in this context [14].

An additional significant line of study, that is, the sequestering of organic
molecules by inactive microbial biomass in the general area of organics biosorption,
also emerged. Early systematic work on the subject of organics biosorption has
suggested and confirmed the ability of nonliving cells to sequester organic mol-
ecules via sequestering paths that were shown not to be associated with active
biodegradation/biotransformation processes [15–21].

It appears that a clearer generic definition of the term biosorption would be
useful. The definition should encompass all the nonmetabolically mediated
sequestering processes. Biosorption can be described as: the sequestering of a
moiety, such as that of an ion or molecule, by a solid material of biological origin
in a way similar to the sorbent–sorbate interactions in physicochemical sorption
[11, 14]. All other metabolically mediated sequestering processes could be
described by the generalized terms of bioaccumulation and bioprecipitation [22].
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An attempt to present a systematic mechanistic approach to biosorption follows.

2 Equilibrium and Kinetics of Biosorption

2.1 Equilibrium Uptake Capacity

The engineering design of processes, at first, requires information on the equilibrium
and the kinetics of the process under consideration. In biosorption studies, the
parameter of primary interest is the mass of sequestered moiety retained per unit mass
of biomaterial, frequently termed as ‘‘uptake capacity’’ (q) and given in units [M/M].

Biosorption has also been shown experimentally to be a potentially reversible
equilibrium process, with the experimentally determined overall uptake capacity
(q) being a function of the residual equilibrium concentration of the biosorbing
species in solution (Ceq). Hence, the relationship between q and Ceq is commonly
described by a curve termed (by borrowing from the adsorption theory) ‘‘bio-
sorption isotherm curve’’ [11, 23–25]. Biological materials are substantially more
sensitive to temperature than inorganic adsorbents used in ordinary industrial
sorptive processes; hence, the useful temperature range for biosorption applica-
tions is substantially narrower. Furthermore, it has not been shown that the
observed overall biosorptive uptake capacities are a strong function of solution
temperature and, therefore, the term ‘‘biosorption isotherms’’, although it signifies
equilibrium data at a given temperature, can be considered as a general descriptive
term of lesser mechanistic significance.

Experimental data on the uptake capacity of a very wide variety of biological
materials, for mostly metal ionic species, have been reported in the literature
including archaea, Gram-positive and -negative bacteria, algae and fungi. Several
reviews have been published where uptake capacities are summarized and
reported. Instead of again presenting such a summary, several relevant references
are provided [21, 23–35].

At times, the reported biosorptive uptake capacities do not make reference to
the very important experimental conditions used during their determination, such
as the rigorous definition of the biosorbing species, the solution equilibrium pH,
the residual sorbate concentration and speciation, or the equilibrium attainment
contact time. The missing information can make comparisons among the reported
biosorptive uptake capacities difficult, if not impossible.

2.2 Solution pH

The subject of the contact solution pH brings to the foreground the issue of the
key parameters that can affect the observed biosorptive uptake capacities.
Reported experimental experience has shown that solution pH is a dominant
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parameter affecting the observed uptake capacity, especially for metal ionic spe-
cies [11, 28, 29, 36, 37]. Solution pH affects the chemistry and speciation of both
the uptaking biomaterial functional groups as well as the biosorbed metal ionic
species identity.

An excellent compilation of the hydrolysis equilibria for most of the elements,
including detailed speciation equilibrium parameter values as well as speciation
diagrams has been presented by Baes and Mesmer [38], providing much needed
information on the sorbate side chemistry.

Hydrolysis reflects the chemical reactions by which a moiety is split by water.
Such reactions are the rule for most cations, although the water self-dissociation
constant is very small, with the hydroxyl radical present at varying concentrations
over the range of pH values. A general hydrolysis reaction would be:

x Mnþ +y OH��MxðOHÞðxn�yÞ
y ð1Þ

This generalized reaction suggests that speciation is affected, at any given pH
and metal oxidation state, also by concentration. Hence, the quantification of the
resulting speciation, provided that the ionic identities and the relevant stability
constants are known, is quite complicated. We must, of course, keep in mind that
the interlinked hydrolysis species concentrations are in dynamic equilibrium.
Hence, the selective removal of one species by a biosorptive process will trigger
the readjustment of solution speciation concentrations for the other species as well,
until equilibrium is re-established. The quantification of this task is rather difficult
for two main reasons, namely by the fact that hydrolysis products may often be
complex and polynuclear, and by the fact that the soluble species presence will be
affected by the precipitation or the exsolution of an element through its hydroxides
or oxides.

In biosorption processes, we anticipate the interaction of soluble ionic species
with the biomaterial. Therefore, the relative abundance, form, and conversion rates
of the soluble biosorbing metal hydrolysis species are especially important, as they
may define the ionic competition effects that have been observed and reported in
biosorption equilibrium studies, as discussed later in the chapter.

Looking at the biomaterial side, the subject becomes more complex. The reason
for the complexity is the substantially different chemistry and structure of the cell
walls or membranes of the various classes of unicellular organisms, which, of
course, affect the functional groups present as well as the three-dimensional
physical structure of the cell wall or membrane that forms the mechanically active
sequestering subbase, as it has been shown for the cases of uranium, thorium,
palladium, aluminum, iron, and so on [11–13, 39, 40].

Several candidate functional groups that are present in biomaterials and may
exhibit active mechanistic involvement in biosorptive sequestering have been
proposed, including the chitin amine nitrogen, exopolymeric clusters, cellulose,
glucans, carboxyls, sulphydryls, and others [12, 14, 27, 41].
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A typical example of such hydrolysis equilibria, demonstrating the strong effect
of the solution pH on speciation and relative concentrations, can be seen in the
example diagrams (Figs. 1 and 2) taken from Baes and Mesmer for Fe(II) [38].

The ‘‘pH point of zero’’ biomass charge, which is the pH at which the overall
biomaterial surface charge is zero, has been proposed as a tool for the under-
standing of the pH effect and as useful in assisting biosorptive uptake enhancement
[42]. The idea is that, at pH values below the ‘‘point zero’’, ‘‘protonation of
functional groups’’ is facilitated on the biomaterial and the biomaterial may exhibit
an overall positive charge, thus attracting negatively charged species. Such an
approach assumes a rather simplistic electrostatic attraction driving mechanism,
which has been shown not to be the only case in biosorption.

The effect of solution pH on equilibrium uptake should rather be interpreted via
the above outlined hydrolysis equilibria approach, which is applicable to both the
sorbate (biosorbing moiety) and the biomaterial (sorbent) functional groups.
Carboxyl-, carbonyl-, amino-, phosphorous-, and sulphur-based moieties have
been proposed as active in biosorptive processes. All these, as well as other

Fig. 1 Distribution of hydrolysis products (x, y) at I = 1 m and 25 �C in a 10-3 m Fe (II) and
b solution saturated with Fe (OH)2. The dashed curves in a denote regions supersaturated with
respect to Fe (OH)2; the heavier curve in b is the total concentration of Fe (II) [38]

Fig. 2 Distribution of hydrolysis products (x, y) at I = 1 m and 25 �C in a 0.1 m Fe (III) and
b 10-5 m Fe (III) and c solutions saturated with a-FeO(OH). The dashed curves in a and b denote
regions supersaturated with respect to a-FeO(OH); the heavier curve in c is the total concentration
of Fe (III) [38]

178 M. Tsezos



functional groups, are sensitive to pH and hydrolysis effects. Their detailed role in
a given biosorption equilibrium can only be realistically, and not hypothetically,
assessed when the underlying biosorption mechanism has been elucidated at the
molecular level.

2.3 Solution Concentrations

The effect of sorbate solution concentration on the observed biosorptive uptake is
indirect and quantifiable. This sorbate concentration, in association with the
solution pH, dictates the detailed speciation of the biosorbing moiety, as explained
previously in Sect. 2.2. This speciation affects the chemical identity of the ionic
species present in the biosorption environment as well, thus guiding the biosorp-
tive uptake preference. In addition, the residual equilibrium concentration of the
biosorbing species, via the biosorption isotherm relationship discussed in Sect. 2.1,
will dictate, in a dynamic interplay, the ultimate biosorptive uptake for the existing
conditions, provided that sufficient contact time is given for the underlying reac-
tions and mass transfer processes to reach equilibrium.

On the basis of the understanding that biosorption is an equilibrium process, the
initial biomaterial dosage effect on the observed overall biosorptive uptake, for a
given initial sorbate concentration in a batch contact environment, is only a matter
of a predictable distribution of the biosorbing species between the solution (liquid
phase) and the biomaterial (solid phase). This distribution is described by the
relevant biosorption isotherm and the biomaterial dosage should not be treated
experimentally as a parameter that can independently affect the biosorptive
uptakes under study.

Some form of analytical expression for the relationship between the solid and
liquid phase equilibrium concentration distribution of the sorbate is, therefore,
useful. In other words, a biosorption isotherm model is needed for the above
calculations.

2.4 Biosorption Isotherm Modeling

Data reported in the literature for the equilibrium distribution of the biosorbing
moiety between the biomaterial phase (solid) and the contact solution (liquid), in
the form of a q/Ceq diagram, for a given solution pH and isothermal conditions
have shown linear as well as nonlinear behaviors. The common generic types of
biosorption isotherms, which have been reported, are shown schematically in
Fig. 3 and are of the general shapes of concave, convex or sigmoidal. Quasi-linear
behaviors may be seen for a narrow range of residual equilibrium solute
concentrations [9, 35, 37, 41, 43].
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The commonly used biosorptive isotherm models have all been borrowed from
the ideal adsorption theory for monolayer or multilayer surface coverage of a
sorbent. As such, and in contrast to the ideal adsorption theory of gases, it is
clearly understood that they bear no mechanistic significance for the biosorption
phenomena. Instead, they should be viewed as simple mathematical empirical
correlations of the equilibrium uptake capacity (q) to the equilibrium residual
solution solute concentration (Ceq).

In the ideal adsorption theory, two or more parameters models have been proposed
based on different mechanistic approaches of the ideal adsorption. Of the many
adsorption theory isotherm models, the simpler two-parameter models of Langmuir
and Freundlich have most often been used in biosorption equilibrium study
reports and reference has been made to more complex models [11, 23, 35, 37, 44].
Table 1 summarizes some of the common two- and three-parameter models used in
the literature [41].

Looking into the classical adsorption theory, additional models are potentially
available in order to try to describe the biosorption equilibrium data. We should,
however, keep in mind that, as their mechanistic significance for biosorption is
absent, augmenting the number of a model’s parameters may simply lead to an
easier curve-fitting exercise.

The Langmuir and Freundlich models can be readily linearized. Thus, one can
then determine, from their linearized form and the associated experimental data
fitting, the model parameter values pertinent to the specific experimental conditions
employed [11, 14, 45]. The availability of biosorption equilibrium model parameters
is very useful in the modeling of the performance of engineering reactor configu-
rations for the practical applications of biosorption, as shown later in the chapter.

In cases where the biosorbing metal solute concentration increases substantially,
one has to be aware and respectful of the pH/solubility/speciation constraints for the

Fig. 3 Common generic
types of biosorption
isotherms: a convex, b linear,
c sigmoidal, and d concave
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adsorbing moiety in question, as already presented in Sect. 2.2. It is possible to
experience a steep sigmoidal isotherm shape at the high end of the Ceq values,
should sorbate exsolution initiate for the reasons explained above.

2.5 Co-Ion Effects

Industrial or natural pregnant solutions, for which biosorption may be applied for
selective element sequestering, are almost always complex in chemical compo-
sition. So, more than one element, each present in solution via its own hydrolysis
equilibria spectrum, will contact the biomaterial functioning as the sequestering
phase. It is obvious that ionic competition effects will occur. Such effects can only
be elucidated if the underlying biosorption mechanism is understood to a rea-
sonable extent.

Most of the work reported on biosorption ionic competition effects has been
based on executing batch biosorption equilibrium isotherm studies, using con-
tacting solutions containing more than one targeted element. The observed uptake
values have then been presented in two- or three-parameter graphic presentations,
often associated with descriptive, but not mechanistic, mathematical expressions
for the observed equilibria [30, 46, 47]. Such results are of reduced application
significance as they refer to and are valid primarily for the specific set of contact
conditions of the individual report.

Alternatively, if the underlying mechanism of biosorptive sequestration is
understood better, the ionic competition effects would also be better understood
and, then, more effectively integrated into engineering process design. Such
designs may employ and handle a much wider range of biosorption contact con-
ditions and environments with improved efficiency.

The case of the ionic competition of aluminum on the biosorption of uranium
by Rhizopus arrhizus is a good example of this approach [40, 48]. The reported
work, making use of the hydrolysis speciation of aluminum and uranium, as a
function of solution pH and concentrations, showed that at pH = 4, where solu-
bilities are reduced, the presence of aluminum interferes with uranium biosorption.
At the lower solution pH = 2, where the aluminum speciation is different and the

Table 1 Example of common adsorption equilibrium isotherm models also used in biosorption

Two-parameter models Isotherm model Model parameters

Langmuir q ¼ qm b Ceq

1þb Ceq

qm, b

Freundlich q ¼ k C1=n
eq

k, n

Temkin q ¼ aþ b log Ceq a, b
Three-parameter models Isotherm model Model parameters
Redlich–Peterson q ¼ k Ceq

1þaCb
eq

k, a, b

Radke–Prausnitz 1
q ¼ 1

a Ceq
þ 1

b Cc
eq

a, b, c
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element is present in a much simpler form, the ionic competition is not discernible,
as aluminum exhibits low preference for coordination with the chitin amino
nitrogen site on R. arrhizus.

When the contact solution conditions are such that the aluminum solution
concentrations and the solution pH lead the aluminum speciation towards the
overall solubility minimum, a metastable polymeric aluminum precipitate forms
inside the R. arrhizus three dimensional chitin network. This precipitate subse-
quently hinders, in a steric way, the access of uranium to the chitin coordination
site, thus limiting the observed overall uranium biosorptive uptake [12, 38–40, 46].

The mechanistic understanding of aluminum interference on uranium bio-
sorption was effectively put into use in the pilot scale engineering application of
immobilized R. arrhizus biomass for the continuous biosorptive selective recovery
of uranium from the uranium-bearing bioleaching solutions of a mining site at
Elliot Lake in Canada. This application managed the ionic competition effects well
and recovered uranium successfully using upflow contact reactors over repeated
biosorption–elution cycles [40, 45, 49, 50].

This reported experience showed that biosorption engineering applications,
based on the mechanistic understanding of the underlying biosorption processes,
lead to the proper handling of the contact solution chemistry and of the associated
contacting conditions for the specific biomaterials in use. Approaches of this kind
can open up the range of efficient engineering application of biosorption-based
technologies.

An attempt to rationalize the ionic competition effects observed among co-ions
present in solution during the biosorptive process, making use of a broader
conceptual frame, has been made through the use of the concept of Pearson’s
classification of the elements [32, 51, 52]. The Pearson’s approach classifies the
elements into three main groups: class A or ‘‘hard’’ ions, class B or ‘‘soft ions,’’
and ‘‘borderline’’ ions. This classification is based on the chemical coordination
characteristics of the elements. Class A elements tend to form ligands preferably
with oxygen as a donor atom and with reported preference sequences [25]. Class B
elements tend to coordinate preferentially with ligands of decreasing electroneg-
ativity whereas borderline elements are characterized by intermediate coordination
behavior. It can be deduced that each class of elements should then exhibit
preference for different sites of a biosorbent, depending on the structural chemistry
of the site which may preferentially exhibit atoms such as nitrogen, oxygen,
sulphur, phosphorous, and so on.

The systematic study of the co-ion competition effects in biosorption, between
pairs of elements belonging to the three different Pearson’s classes, has been
reported using the biosorption of palladium, silver, yttrium, uranium, nickel, and
gold. The work showed that significant competition effects can be observed
between metals belonging to the same Pearson’s class. Ionic competition may not
be significant between elements belonging to different classes whereas borderline
elements were affected by the presence of co-ions [32, 51]. The work also sug-
gested that better understanding of the ionic competition effects will need reliable
information on the biosorptively active loci.
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2.6 Reversibility of Biosorption

Conventional gas/solids adsorption is mostly a reversible process; meaning that,
when the adsorption driving forces reverse, the adsorbate can leave the adsorbent
surface. The work presented thus far on the mechanisms underlying biosorptive
separations has shown that, unlike conventional gas/solids adsorption, biosorption
is substantially more complex. It involves, among others, coordination, hydrolysis,
ion exchange, exsolution, and valence change processes; as a result, the revers-
ibility of biosorption should be expected to be a more complicated issue.

The biosorptive uptake capacity has been shown to be related to the residual
solution concentration of the biosorbing moiety in a way that resembles an
adsorption isotherm as already described in Sect. 2.1. We have emphasized,
however, that such descriptions are deprived of any mechanistic significance and
should only be assessed as useful mathematical tools to describe a biosorbent’s
uptake capacity as a function of the biosorbing entity residual solution concen-
trations over relatively narrow ranges of concentrations for the reasons explained
in Sect. 2.2.

On the basis of the above considerations, the reversibility of biosorption has
been examined and it has been shown qualitatively more to resemble the elution
stage of an ion exchange process, whereby selected eluents are used to remove the
biosorbed entities from the biosorbents. The ion exchange elution methods were
shown to be a useful tool for the study of the biosorption reversibility.

The first systematic study of the desorption equilibrium stage of a biosorptive
sequestering of metals made use of R. arrhizus as the biosorbent and of uranyl
nitrate as the adsorbate [53]. The key reason for the selection of this specific pair of
biosorbent/biosorbate candidates was the detailed understanding of the underlying
mechanism [12]. The study is a good example of a systematic mechanistic
approach to the reversibility of biosorption, as it selected a range of potential
eluents that could reverse the preference of the biosorbed and chitin cell wall
retained uranium species, while damaging as little as possible the fragile biomass
structure, which had to be preserved for the ensuing cycles of biosorptive use
[49, 53, 54].

This work showed that the reversal of biosorptive uptake resembles the ion
exchange elution operations and that the recovery of the biosorbed species is
possible. The biomaterial functioning as biosorbent, however, due to the fragility
of the cellular structure and under the mildest elution conditions, may not with-
stand as large a number of elution cycles. The biomaterial functioning as
biosorbent was shown, via SEM/EDS observations, to suffer structural damage
from even dilute mineral acid eluents, and sulphate ions suggested changes to the
functional biosorbing biomolecule crystallinity. This alteration confined the (under
normal conditions) motile biosorbed uranium within the altered cell wall chitin
network making the elution inefficient [53].

In another related desorption equilibrium study, referring to radium biosorption,
the final eluent selection was dictated more on the basis of the need for complete
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radium recovery at the highest radium eluent concentration (for reasons of elution
solution volume minimization) rather than the biosorbent reversible uptake
capacity preservation, hence leading to a substantially different desorption strategy
[54].

Parameters such as eluent type, eluent concentration, and solid-to-liquid ratio
during the desorption stage have been shown to be significant, with the kinetics of
desorption reported to be rapid [53, 54]. The application of this strategy, during the
requested pilot scale continuous biosorptive recovery of uranium from Elliott Lake
bioleached solutions, was proven to be successful and allowed the use of R.
arrhizus immobilized inactive microbial biomass in multiple cycles [45, 50, 53].

2.7 Kinetics

In studying the rate of biosorptive processes, one must make a clear differentiation,
whenever applicable, between the intrinsic biosorption rate and the overall
experimentally observed uptake rates. This is also valid in batch biosorption
kinetic experiments where bulk mass transfer rates for the biosorbing entity must
be accounted for in the experimental design.

Reported intrinsic biosorption rates are rapid, as has been reported from the
relevant studies [11–13, 23]. The overall biosorptive uptake rate, with equilibrium
usually attained within the first minutes of contact, is dependent on the mechanism
involved and the related overall mass transfer effects [11–13, 23]. There are
numerous reports in the literature proposing first-, second-, pseudo first- or pseudo
second-order or other rate models, all of which have been borrowed from tradi-
tional sorption and chemical process rate studies [35, 41, 42]. There is no shortage
of potential kinetic models. What is not readily available are true intrinsic bio-
sorption rates for the initial few minutes of the equilibrium process determined
from experimentally well-defined biosorption systems.

Once the intrinsic rate becomes analytically defined, then the tools available for
the simulation of mass transfer rates for the removal of a soluble species from
solution by a solid biosorbent are applicable and this can then yield the appropriate
overall biosorption rate expressions for any system under consideration. The above
approach has been successfully applied and has been reported for the simulation of
the overall biosorptive uptake rate of uranium by the porous immobilized
microbial biomass of R. arrhizus in batch or packed-bed reactors [55–59].

Such models focus on the concept of local equilibrium and may provide sim-
ulated equilibrium attainment rate curves for batch or column operating systems
and require a realistic expression for the description of the intrinsic biosorptive
uptake rate as already discussed [55].

Complete models and design equations for common biosorption reactor con-
figurations such as a batch, fixed-bed, or fluidized-bed reactor, become somewhat
more complicated as they have to describe a non-steady-state operation because
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the biosorbing species concentration, in the solid and liquid phases, is not constant.
Advanced numerical analysis can be applied for the solution of the resulting
nonlinear differential equations, often not yielding explicit form solutions [55].

3 Mechanistic Understanding Approach

Throughout the previous sections that relate to the technology as well as the
equilibrium and kinetics of the biosorptive process, frequent reference was made
to underlying mechanisms. Their understanding has emerged as a necessary pre-
requisite for the meaningful quantification of the parameters affecting and defining
a biosorptive process [60].

The literature on biosorption in general has been expanded almost exponen-
tially over the last 20 years or so. An excellent review by G. M. Gadd has sum-
marized the number of papers appearing in the international literature with the
topic ‘‘biosorption’’ as listed in the ISI Web of Science for the years 1970–2008
[14, 61].

The earliest papers on biosorption appeared in the late 1970s to the early 1980s,
as already presented in Sect. 1 of this chapter, but were few. The corresponding
number of citations, as recorded by the ISI Web of Science, also increased almost
exponentially, signaling a strong interest and activity on the subject [14].

Of the work reported in the literature a rather small subset has been devoted to
the systematic and explicit elucidation of the mechanisms underlying biosorption,
in accordance with the definition of the term ‘‘biosorption’’ proposed in Sect. 1.

The key characteristic of the mechanisms underlying biosorption is their
diversity, which limits our ability to generalize. The same or different elements
may follow different mechanisms of sequestration, depending on the biomaterial
acting as the biosequestering solid phase. Palladium, for example, was shown to be
retained in the intracellular loci of Alcaligenes eutrophus in a complex sequence of
coordination and reduction steps, whereas yttrium and silver were mostly retained
on the outer cell area [39, 62, 63]. Uranium has been shown to accumulate inside
the R. arrhizus cell wall, and thorium is retained on the external cell wall region of
the same microorganism [11–13, 64].

An attempt is made below to summarize the reported work that has proposed
biosorption mechanistic models for specific metal–biomass pairs.

3.1 Uranium and Transuranium Elements

The systematic study of uranium biosorption equilibrium by inactive microbial
biomass eventually resulted in the formulation of a detailed molecular base bio-
sorption mechanism for the biosorptive uptake of uranyl ions by an inactive
R. arrhizus biomass.
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The mechanism involves three sequential interlinked steps. The first step
involves the formation of a coordination bond between uranium and the nitrogen of
the chitin monomer unit. Complexed uranium, subsequently, acts as a nucleation
site for the further sorption of uranyl ions inside the three-dimensional network of
the chitin polymer (second step). The chitin nitrogen–uranium complex hydrolyzes,
releasing the nitrogen site, leading to the precipitation of uranyl hydroxide within
the chitin polymeric network (step three). The released chitin nitrogen re-engages
in a new coordination bonding with fresh uranyl ions, which subsequently hydro-
lyzes again accumulating additional uranyl hydroxide within the cell wall. Effec-
tively, this repeating cycle acts in a way similar to an uranyl hydroxide formation
pump that takes soluble uranium out of the solution and, via the coordination/
hydrolysis steps, immobilizes the uranium in the form of an insoluble hydroxide
within the cell wall chitin network. Figure 4 shows a typical micrograph of the
fungal cell wall showing the biosorbed uranium species as electron dense layers.

This detailed mechanistic model is potentially applicable to fungal cell walls
where a three-dimensional chitin network, with gloucosamine nitrogen available
for coordination, is present.

This mechanistic model can also explain experimentally observed ionic com-
petition effects on the biosorptive uptake of uranium by R. arrhizus. The com-
plexation of iron and zinc by chitin has been documented in the literature with the
stability of chitin–metals complexes following, as for most ligands, the Irving
Williams series [13]. The observed and reported suppression of the R. arrhizus
uranium uptake in the presence of iron and zinc can be understood via their
competition for the chitin nitrogen coordination sites. Inasmuch as they limit the
formed chitin uranium nucleation sites, they eventually reduce the resulting overall
uranium uptake [12].

The use of EPR spectroscopy, in the case of copper–uranium competition,
suggested that copper appears to form two separate complexes with chitin, at two
possible sites, that may be related to the two main crystalline forms of chitin
(chitin a and chitin b). Both copper–chitin complexes involve one chitin nitrogen
ligand atom with the remaining being likely oxygen atoms. Thus, copper competes
with uranium by limiting the nitrogen coordination sites on the chitin macro-
molecule available for uranyl coordination, leading eventually to the reduced
uranium overall biosorptive uptake for the specific biomass type [65].

Aluminum, on the other hand, as already presented in Sect. 2.5, reduces the
overall uranium biosorptive uptake by R. arrhizus via a different pathway of
interference in accordance with the presented uranium biosorption mechanistic
model [49]. Aluminum chemistry and hydrolysis speciation show that aluminum
precipitates readily in the pH range of 4 to 5. The aluminum speciation is also
linked to its concentration and the anions present in solution, all of which affect the
course, composition, texture, and structure of the resulting aluminum precipitates.
The Al–N bond is not a preferred bond, therefore the observed reduction in uranium
biosorption uptake is unlikely to be the result of aluminum competition with uranyl
ions for the chitin nitrogen coordination site. When the contact solution pH is in the
mildly acidic region, a metastable polymeric aluminum precipitate settles inside the
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chitin cell wall network, limiting the space available for the sorption, hydrolysis,
and precipitation of the uranyl ions inside the chitin cell wall, in a competition
mechanism that has been described as ‘‘steric hindrance’’ interference [40, 49].

Work reported on the biosorption of uranium by the fungal biomass of Mucor
miehei also confirmed the significance of solution pH, because it contributes to the
definition of the solution ionic speciation as well as to the cell wall chemistry.
Within moderate pH, uranyl hydroxides are reported as inducing multilayer ura-
nium sequestering in contrast to a monolayer sequestration in the acidic pH range
[66].

As a result of environmental concerns, the biosorption of the isotope Ameri-
cium 241 by the biomass of R. arrhizus and of S. cerevisiae has been studied [67,
68]. The cell walls are the biosorptive active sites for both cases. The strong
dependence of biosorptive uptake on solution pH was confirmed. Protein or car-
boxyl cell wall functional groups have been suggested as cell wall complexation

Fig. 4 TEM micrographs (9 80,000) and corresponding X-ray energy dispersion analysis
spectra of thin sections of R. arrhizus nonliving cells a before and b after exposure to uranium
solutions [12]
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loci, and ion exchange with hydrogen and calcium from the cell walls of
R. arrhizus and S. cerevisiae are also active. The use of Europium (Eu3+) and
Neodymium (Nd3+) surrogates for 241Am in the biosorptive studies revealed that
Eu and Nd compete efficiently with Am for the biosorption loci. Biosorptive
contact solution pH drift monitoring as well as RBS showed that 241Am and the
surrogates exchange with biomass cell wall hydrogen and calcium, thus supporting
the proposed ion exchange as one of the active biosorption mechanisms [67, 68].

3.2 Thorium

Detailed, molecular basis, mechanistic work on thorium biosorption has also been
reported for the biosorption of thorium by R. arrhizus [11, 13]. The proposed
thorium biosorption mechanism is not the same as the one described above for
uranium.

The thorium biosorptive uptake by R. arrhizus involves two separate processes.
Process A operates via the formation of a coordination complex between thorium
and the nitrogen of the chitin cell wall matrix. Chitin, being a strong Lewis base,
exhibits a significantly higher sequestering potential for thorium than other cell
wall Lewis bases, such as hydroxyl groups of the aminopolysaccharides. The
contribution by process A to the experimentally determined overall thorium bio-
sorptive uptake is, however, limited to under 5 % of the total uptake, as specified
by the stoichiometry of the thorium–chitin coordination. The dominant contribu-
tion to the overall biosorptive thorium uptake is contributed by a second process,
which involves the adsorption of hydrolyzed thorium ions by the outer layers of
the R. arrhizus cell wall [11, 13].

Making use of the above-described two-process thorium biosorption mecha-
nisms, we can then more readily understand possible competition effects on the
overall thorium biosorptive uptake of the R. arrhizus inactive biomass. Using the
same reasoning as described in the previous sections, any competing cation effects,
acting via the chitin nitrogen coordination process, will be limited to the chitin
nitrogen coordination pathway contribution, which only accounts for less than 5 %
of the reported overall thorium biosorptive uptake. Therefore, the chitin nitrogen
competition effects, that were shown to be significant in uranium biosorption, will
have a much reduced negative consequence on the overall thorium biosorptive
uptake of R. arrhizus. The dominant effects on the observed overall thorium
biosorptive uptake will be realized via the thorium hydrolysis speciation pathway,
with the solution pH accounting for the most significant influence.
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3.3 Palladium, Gold, Platinum

Palladium is usually present in solution in the form of complex ions that may be
anionic or cationic, for example, Pd(NH3)4

2+ or PdCl4
2-. Work reported on the

mechanism of palladium biosorption has mostly made use of bacterial microbial
species such as of the Alkaligenes, Pseudomonas, and Arthrobacter genus. The
reported work has suggested that the initial approach of positively charged palladium
to the microbial biomass may be facilitated by Coulombic interactions [39].

Subsequently, for the tetra-ammonium palladium ion, a trans or cis substitution
of ammonium by a cellular ligand takes place [39]. These ligands are mainly
carboxyl and to a lesser extent amino groups. Trans structures are expected to
yield a likely stable binding of the palladium to the biomass. Biosorbed palladium
is mainly located in intracellular loci of the cells with eventual reduction and
formation of elemental palladium, as seen in the micrograph of Fig. 5 [39, 62, 63].

We should note that, although the initial electrostatic approach mechanism
seems to be accepted, evidence against it being the principal retention mechanism
does exist. A reversal of the electrostatic interaction should be feasible by solution
pH adjustment, which could result in reversal of the Coulombic attraction forces
towards the biomass surface and that should release retained species back to
solution. Reported palladium and platinum desorption attempts, however, did not
manage to reverse the biosorption equilibrium by simple pH shifts and had to
resort to the use of strong chelating agents, such as thiurea, for the desorption.

In the case of AuCl4
- , a first step of coordination to the reactive carboxyl sites

has been proposed, followed again by the reduction of the ion to elemental gold.
The loci for the biosorption of gold have been shown to be on and within the
bacterial cell walls, with the initial biosorption sites acting as nucleation points for
the ensuing reduction of gold and the growth of gold microcrystals, as shown in
the micrograph of Fig. 6 [7, 39, 69, 70].

Fig. 5 Palladium biosorption by strain AS 302: a TEM micrograph of AS 302 cells after contact
with a palladium-containing solution and b EDS spectrum inside the cell wall [62]
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Given that both the ionic form of palladium and gold are proposed to initially bind
to carboxyl sites and then reduce to elemental form, it is then expected that a strong
competition effect could be anticipated between PdCl4

2- and AuCl4
2- [39, 51].

The above-proposed mechanism for Pd biosorption can also explain the sig-
nificant effect of solution pH on the observed biosorptive uptakes. In mildly
alkaline pH environments (e.g., pH = 8), the biomass carboxyl groups protonation
is not favored, making them available for nucleophilic substitution. In the acidic
range (e.g., pH = 3), however, substantially fewer nonprotonated groups should
be available, resulting in the observed reduced overall biosorptive uptakes [39].

The initial electrostatic approach, followed by coordination interactions using
functional groups containing nitrogen or sulfur atoms, for example, amine and
thiol groups, have also been proposed for platinum biosorption with little further
specific evidence [32].

Recent work on the biosorption of Au(III) by B. megaterium biomass demon-
strated that the binding of Au(III) mostly occurs with oxygenous and nitrogenous
active groups of polysaccharides and proteins in the cell wall biopolymers.
Functional groups suggested as active are the hydroxyls of the saccharides, the
peptidic bonds, and so on. Initially bound Au(III) acts as a nucleation site for the
subsequent reduction and eventual growth of Au(0) in situ [71]. In gold bio-
sorption of S. cerevisiae, the binding of Au(III) to the oxygen of the peptide bond
was reported as causing significant rearrangements in polypeptide backbones, such
as the occurrence of unbound carboxyl- and nitrogen-based groups, being freed
from the intermolecular hydrogen bonding. In short, Au(III) is suggested as

Fig. 6 a TEM micrograph of Bacillus subtilis cell wall that reacted with Au(III) and is
representative of a crystalline-staining reaction. b X-ray diffractogram of a preparation of Au(III)-
reacted walls, which shows the high crystalline order of the elemental crystals [8]
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activating the polypeptidic structures that in turn react actively with Au(III)
leading to reduction in Au(0), nucleation, and microcrystal growth [71].

An array of spectral and chemical techniques was used to investigate the
biosorption of platinum by Bacillus megaterium. In the case of Pt(IV), the inter-
action with the biomass appears to materialize through the interaction with
oxygenous and nitrogenous functional groups of the cell wall biopolymers. Again,
the hydroxyls of the polysaccharides, carboxylate anions, and carboxyls of amino
acids are among the initial binding loci. Bound Pt(IV) is reported as reduced in situ
to Pt(0) by cell wall biopolymer-based electron donors. The Pt(IV) initial binding
is suggested as resulting in a change of the secondary structure of the cell wall
proteins, such as a transformation of polypeptide chains. The protein conformation
is suggested as likely to be responsible for the steric stabilization of the Pt(0)
microcrystals [72].

3.4 Silver and Rare Earth Elements

Work reported on the elucidation of the biosorption mechanism of other elements,
such as silver and elements of the rare earth group, is gradually becoming available.
Work on silver biosorption has suggested that silver accumulates on or outside the
outer cell wall of the microbial cells examined, with the possibility of reduction of
ionic silver to elemental silver [62]. The possible involvement of extracellular
polysaccharides in silver biosorption has also been suggested [63].

Molecular level work on Ag+ biosorption, reported on the biomass of Bacillus
cereus and of Lactobacillus sp., has shown the involvement of an initial chemical
binding step followed by redox reactions resulting in elemental silver (Ag(0))
microcrystal generation [73, 74].

The initial interaction of Ag+ with the biomass is pH sensitive, as expected and
already discussed. At pH values above 4, carboxyl groups of the microbial cell
walls ionize, facilitating the uptake of Ag+, via an ion exchange-type mechanism.
The carboxylate anions and the hydroxyl groups of the cell wall peptidoglycan
layer are suggested as playing the key role in Ag+ binding by the biomass.
Reducing sugars resulting from the biomass polysaccharides have been proposed
as the acting electron donors that, subsequent to initial binding of Ag+, result in the
in situ reduction of Ag+ to Ag0 [73, 74]. Figure 7 shows the SEM micrograph of
Ag0 nanocrystals formed inside the biomass of B. cereus following Ag+

biosorption, along with the corresponding XPS spectrum [74].
Yttrium, on the other hand, a member of the rare earth element group, was

shown to accumulate on the outer cell membrane and on inner specific sites with
no further details on the chemistry of the interaction [62].

The subject of rare earth element biosorption has received considerable
attention in the recent past, primarily due to the economic significance of the rare
earths for important industrial sections. In addition to yttrium, other members of
the family have been examined including Eu, Pr, Sm, Dy, La, Tb, Yb, and Ce.
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Most of the reported equilibrium data are for nonstrongly alkaline solutions and for
several different types of microbial biomass [48, 62, 75–83]. The weakly hydro-
lyzing rare earth elements, in the nonalkaline pH ranges, exist primarily in the
form of simpler cations [38]. The indirect evidence is based on the linear corre-
lation between the meq of biosorbed rare earth solute and the meq of divalent
cations, such as Ca2+ or Mg2+. These ions are released into the solution from the
microbial biomass, following the establishment of the biosorption equilibrium.
This fact has led to the advancement of a hypothesis of a primarily ion exchange
mechanism underlying rare earth biosorption. Carboxyl groups have been pro-
posed as being active in this ion exchange mechanism hypothesis [78, 79, 81, 83].

Work reported on the biosorption of Tb3+ by living Escherichia coli cells has
shown that the uptake is nonmetabolic and the peptidoglycal layer of Gram-
negative cell walls is responsible for the sequestration of Tb3+. The initial
approach of Tb3+ to the microbial cell is favored by electrostatic attraction by the
negatively charged lipopolysaccharides of the outer membrane [82].

Extracellular polysaccharides are produced by many microorganisms with a
variety of polymeric structures. Divalent cations, such as Pb2+, Cu2+, Cd2+, or
Ca2+, have been shown to exhibit an affinity for such polysaccharides [27]. An
egg-box structure representing the gelation of alginates, such as the one induced by
calcium presence, may be indicative of a mechanistic operon for the sequestration
of elements, such as silver, by selected bacterial cells [27, 62, 63].

Summarizing what was noted above, the reported work on the mechanism of
biosorption has shown chemical and physical processes, such as electrostatic
attraction, coordination, chelation, adsorption, and hydrolysis, acting alone or
together in a sequence of steps, forming biosorption mechanisms. The mechanisms
appear to be specific to the metal/microorganism pairs involved and do not favor
the proposal of a generalized biosorption mechanism hypothesis.

Fig. 7 Photoelectron spectrum of Bacillus cereus biomass loaded with Ag+ and micrograph of
biosorption resulting in Ag0 microcrystals [74]
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Successful engineering applications of biosorption should be based on
the understanding of the underlying mechanism in each application. This under-
standing will enable the definition of the parameters that may significantly affect
the targeted biosorptive sequestering as well as of the steps that should be taken
for the optimization of the efficiency of an engineering process applying
biosorption.

3.5 Copper, Cadmium, Lead, Cobalt

The study of the biosorption of several other metals, which belong to different
groups of the periodic table, has been reported in the literature, with environmental
concerns acting as the main stimulus for the initiation of the reported studies.

Copper biosorption has received considerable attention. A proposed mechanism
for the understanding of copper biosorption by R. arrhizus has already been pre-
sented in Sect. 3.1 and suggested the coordination of copper by the cell wall chitin
nitrogen functional groups.

Further work on the chitin nitrogen proposed copper biosorption mechanism
has been reported using the biomass of Ganoderma lucidum. This work, using
among others EPR spectroscopy, confirmed the interaction of a cell wall free
radical with the biosequestering of Cu2+. It confirmed that the free radical is not
directly involved in copper sequestering. This free radical has been observed in
several biosorbents. The cell wall matrix of the biosorbents, which encompasses
and traps this free radical, opens up upon initial Cu2+ coordination. Then, the
exposed cell wall matrix can interact freely with the metal ions in solution,
resulting in rapid further sequestration of metals [84].

Copper uptake by S. cerevisiae has been suggested as the result of coordination
bonding of Cu2+ with carboxyl and amino groups of the yeast cell wall [85]. On the
other hand, the biomass of Fucus serratus and of Spirulina sp. have been reported
to exchange primarily the Cu2+ ions during biosorption with protons resting on
surface functional groups, such as carboxylic amine and phenolic moieties. As a
result, solution pH emerges as a dominant parameter affecting the biosorption
process [86, 87].

Cadmium biosorption by a microbial biomass has been shown to rely primarily
both on the coordination of Cd2+ to surface active moieties mainly based on
oxygen and nitrogen, such as carboxylic and amino groups, as well as on the
exchange with structural exchangeable counter-ions of the cell wall [60, 88–92].
This is the case for Pseudomonas plecoglossicida with a strong Cd2+ uptake
capacity, and reported FTIR and SEM analyses confirming that the principal Cd2+

biosorption mechanism is the cell wall surface residing chemical complexation
with a minor contribution of a proton-based ion exchange [88]. Support for a
similar type of Cd2+ biosorption mechanism has been reported for the fungus
Auricularia polytricha with an increased relative importance of the ion exchange
contribution [89].
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Examining the Cd2+ biosorption by the brown macroalgae Sargassum vulgaris, it
has been observed that Cd2+ replaces Ca2+ and Mg2+ which are cross-linking
structural ions of the alginic acid polymers (see Sect. 3.4) of the seaweed cell wall.
Cadmium biosorption replaces some of the Ca2+ and Mg2+ in the cell wall matrix,
creating a stronger alginic polymer cross-linking because of the stronger electro-
static and coordinative bonding of cadmium with the cell wall polymer counterparts.
In addition to oxygen and nitrogen, carbon, phosphorous, and sulfur atoms have
been shown to participate in the cadmium coordination process. Chelation has
been reported as the strong contribution to the overall Cd2+ biosorptive uptake by
S. vulgaris [60, 90, 91].

The biosorption of lead, which is an important industrial and environmental
pollutant, has received some attention. The biosorptive interaction of Pd2+ with
Sargassum vulgaris has suggested that, similar to the case of cadmium, the che-
lation of Pb2+ with counter-ions from the alginic cell wall network and with
protons is active. The substitution of the cell wall cross-linking ions by lead, in the
cell wall alginates, has been proposed as producing an even denser structure than
that induced by Cd2+ biosorption and substitution. Lead, however, has been
reported as eventually participating in redox reactions, resulting in metallic lead
microprecipitation in the cell wall matrix similar to the cases reported for other
elements such as gold and silver [90].

A proposed mechanism of divalent cobalt (Co2+) biosorption by Pseudomonas
halodentrificans also relies on the ion exchange chemical complexation duo.
Stoichiometric monitoring of the Ca2+ released during Co2+ biosorption suggested
that Co2+ is exchanging for Ca2+ present in the biomass. Upon depletion of
exchangeable Ca2+, a further lesser uptake of Co2+ follows as a result of chemical
coordination of Co2+ to the cell wall, weak affinity, and unidentified sites [93].

3.6 Chromium

Chromium is an important industrial metal that exists potentially in several
oxidation states with Cr3+ and Cr6+ as the most common states. Cr6+ is a powerful
oxidant and this chemical property is important in modulating chromium
biosorptive behavior. Cr6+ is also characterized by high toxicity which makes Cr6+

an important environmental concern [94].
Cr6+ interaction with Termitomyces clypeatus biomass has suggested that the

Cr6+ biosorption follows a sequence of two steps. At first, Cr6+ (as Cr2O7
2-) is

chemically and electrostatically bound by amino, carboxyl, and phosphate groups
on the surface of the fungal cell wall, followed by a reduction of Cr6+ to Cr3+ by
cell wall reductive groups, such as hydroxyl and carbonyl moieties. The resulting
Cr3+ remains bound to the cell wall [95].
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The above two-stage mechanistic hypothesis for Cr6+ biosorption was further
supported by the work on the biosorption of Cr6+ by the cyanobacterium
Synechococcus sp. and by the microalgae Chlorella miniata [96, 97]. Figure 8
presents TEM micrographs of C. miniata, before and after Cr(III) biosorption,
where electron-dense areas, suggesting the presence of chromium loaded sites,
both extracellular and intracellular, are shown [97].

4 Biosorptive Technologies

The application of biosorption, as the base for an industrial selective sequestering
process, passes through the selection stage of the appropriate biomass type for the
targeted application, including the decision on the use of living or inactive
biomass.

The use of inactive (dead) biomass has emerged as the preferred way for the
following reasons [98].

(a) Any contact solution toxicity with respect to the involved biomass is not a
concern.

(b) The process does not need to satisfy biomass growth condition requirements.
(c) Maintenance of culture purity is not a concern.

Native inactive microbial biomass exhibits a number of undesirable properties,
in terms of its direct technological application potential as a sequestering agent.
Particle sizes are small, of relatively low density, and of low mechanical strength.
Contacting native biomass with large solution volumes containing the targeted
metals has been shown to be impractical, with the main difficulty lying in the need

Fig. 8 TEM micrographs of Chlorella miniata: a Control cell without Cr treatment and b algae
cell treated with 100 mg/L Cr(III) at pH 4.5 for 24 h [97]
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for a rapid yet efficient separation of the pregnant biomass from the biosorption
mixture, after contact equilibrium is attained [37, 99]. The above features limit the
engineering design choices to biomass contact reactors, such as the well-mixed
reactor type, which must be followed by a biomass–solution separation stage that
should make use of a classical separation process, such as sedimentation, centri-
fugation, filtration, and the like.

Improvements on the efficiency of biosorption-based processes could be
achieved if the biomaterial is transformed into controlled particulate form, which
would then open up the applicability of well-developed reactor types that are
already in industrial use in operations such as adsorption and ion exchange. These
contact reactors carry substantial industrial application experience and process
optimization knowhow [98, 100, 101].

The transformation of native inactive microbial biomass to a particulate form
requires the use of an immobilization process that can yield immobilized biomass
particles with:

(a) Consistent composition
(b) Controlled size
(c) Limited nonbiosorbing materials content
(d) High porosity
(e) Hydrophilicity
(f) Good mechanical properties.

Whole-cell immobilization methods make use of several different physical
mechanisms to achieve immobilization, which rely on approaches including:

(a) Attachment to surface
(b) Entrapment within a porous matrix or a gel
(c) Self-aggregation
(d) Chemically assisted aggregation
(e) Containment behind a barrier.

The surface attachment approach requires an inert medium as support and leads
to particles with reduced mass ratio of cells to support (usually less than 20 %
w/w; 102).

Earlier attempts, using the aggregation approach on fungal and algal biomass
immobilization, proposed the use of agents such as formaldehyde, glutaric
dialdehyde, urea, or alkaline solutions as binding-inducing agents, followed by
processing and sizing [98, 100, 103–105]. The chemically induced alteration
potential on sensitive biomass cellular structures, some of which (e.g., fungal cell
walls) have been shown to be the mechanistically important functional groups of
the exhibited biosorptive uptake potential, are of concern and have been seen to
affect adversely the resulting immobilized biomass biosorptive uptake capacity.

Microbial biomass that naturally aggregates during growth in the form of biomass
pellets could be considered as immobilized by self-aggregation. The not so good
stability and the low mechanical strength of such pellets may, however, limit their
applicability in continuous, industrial-scale biosorption operations. The example of
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R. arrhizus pellets that were naturally grown during the biomass fermentation stage
and subsequently were tested for the continuous recovery of uranium ions, in
sequential biosorption-elution stages is characteristic [106].

During that application, the reactor superficial velocity had to be limited
because of the phenomenon of biomass natural pellet compression and disinte-
gration difficulties that worsened as a function of the contact solution pH and the
reactor operating flow conditions [102, 106].

Calcium alginates, polyacrylamides, and other organic polymers have been
proposed as an entrapment agent for biomass immobilization. The use of silica gel
matrices (Sol Gel process) have also been proposed for biomass immobilization. The
resulting particles, however, are soft and of limited mechanical strength, with sig-
nificant content of nonbiomass materials and have not received wide attention [104].

Containment behind a barrier or encapsulation is an approach that has found
extensive commercial application especially in the medical, food, and pharma-
ceutical industries. The related literature is very extensive and rapidly expanding,
but beyond the scope of this chapter.

A proprietary air suspension method for microbial biomass immobilization, by
encapsulation, for the purpose of use in biosorption reactors, has been reported and
tested in continuous pilot scale [102, 107]. This approach utilized hydrophilic
polymeric membranes, with controlled permeability and with less than 15 % w/w
nonbiosorbing material content so as to optimize the resulting immobilized biomass
particles’ mechanical strength, and permitting favorable solutes mass transfer rates.

This approach made use of polysulphone, cellulose acetate, polyvinyl formal,
and several solvents, yielding particles of desirable size and narrow particle size
distribution [36, 102, 103, 107]. Typical reported photographs of such immobilized
R. arrhizus biomass particles are shown in Fig. 9. These particles have been suc-
cessfully used in packed-bed reactors for the recovery of uranium from bioleach
mine waters of an Elliot Lake, Canada, uranium mine, in multiple biosorption–
elution cycles [103].

Fig. 9 Electron micrographs of immobilized Rhizopus arrhizus biomass particles: a General
view and b magnification of the particle porous structure [45]
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Substantial work has been reported on the study of the engineering parameters
that are important in the biosorption of ions using immobilized microbial biomass.
Well-developed chemical engineering simulation techniques, used for separation
processes such as adsorption or ion exchange, have also found application in the
study and simulation of biosorption reactors.

Batch kinetic mass transfer models, describing the transport of soluble species
from the bulk solution into the immobilized biomass particles, have directed our
attention to the significant immobilized biomass particle design parameters that
affect the overall process efficiency [37, 56, 57, 59, 104]. Parameters such as the
particle size, the content of nonbiosorbing agents, the intrinsic rate of the under-
lying biosorption process, the initial solute concentration, the maximum native
biomass uptake capacity, and the effective solute diffusivity in the immobilized
particle have been shown to be important [37, 56, 57, 59].

A basic approach to a biosorption batch reactor mass transfer kinetic model, for
immobilized biomass particles, is the one utilizing a mass balance of the solute
across each of the assumed mass transport resistances [57, 102]. A sequence of
expressions describes the transport across three assumed barriers: namely, the
solution boundary layer around the immobilized biomass particle [Eq. (2)], the
transport across the nonbiosorbing immobilizing polymeric membrane [Eq. (3)]
and the transport/retention of the solute into the particle core utilizing Fick’s law
[Eq. (4)], as shown in the summary below:

Kf ðCb � Cb;KRÞ ¼
Dm

d
ðCM;KR � CM;RÞ ð2Þ
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�
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where

C solute concentration in biomass core pores
CM solute concentration in polymeric membrane
Cb solute concentration in bulk solution
r radial variable in biomass core
KR radius of immobilized biomass particle
q biosorptive uptake (solute concentration in the contained biomass)
k apparent biomass core porosity
Dp effective solute diffusivity in biomass core pores
q apparent biomass core density
Dm effective solute diffusivity in the polymeric membrane
d polymeric membrane thickness
kf external fluid film mass transfer coefficient.
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The above model was used in conjunction with detailed, controlled, uranium
biosorption kinetic data [102]. Model simulations agreed well with the experi-
mental results, once the model parameter values were optimized using experimental
data [57, 102].

The subsequent modeling of the operation of continuous packed-bed biosorp-
tion reactors has also been studied using the concept of local equilibrium [55]. The
model has successfully predicted breakthrough curves and has demonstrated
the significance of the high biosorbent uptake capacity and the sorption intensity,
as expressed by the Freundlich isotherm coefficients for the overall efficiency of
the process, while also demonstrating the effect of axial dispersion on the shape
of the resulting breakthrough curves [55].

The model’s sensitivity analysis has provided evidence for the effects that can
be seen on the packed-bed operation for selected important parameters as shown in
Fig. 10 [55]. The relative importance of the various parameters can be identified
by plotting the relative change of the value of interest (i.e., breakthrough time)
against the relative change in the value of the parameter under investigation. The
percentage relative changes have been calculated by the formula:

%
dx

x
¼ xnew � xbase point

xbase point

100 %

In the dataset shown in Fig. 10, the origin of the axis corresponds to the base
point. The x-axis shows the percentage deviation from the base point of the
variable under consideration. In the y-axis, the percentage change of the break-
through time from the base point breakthrough time is presented. The analysis
example shown in Fig. 10 clearly suggests that the most important operating
parameter is the sorption intensity and the sorbent uptake capacity, as expressed by
the Freundlich exponent and coefficient, respectively [55].

Fig. 10 Sensitivity analysis
plot, showing the effect of
each parameter and its
relative importance on the
breakthrough time: abscissa
normalized percentage
change of parameter and
ordinance normalized
percentage change on the
column breakthrough time
[55]
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5 Sequestering by Living Cells

Living cells may exhibit both passive physicochemical and metabolically mediated
sequestering mechanisms for targeted solutes. As we already discussed in Sect. 1,
such solute sequestration should not be classified as a biosorptive separation
process.

Living microbial cells have been used mostly in fixed-film reactor configurations,
for example, in rotating biodiscs or packed-bed reactors. Such reactor configurations
make possible the continuous separation of the functioning biomass from the
contact solution, with the exception of the biofilm sloughing-off effects. Provision
should be made for the supply of the required biomass nutrients and the protection of
the biofilm from contact solution composition-induced toxicity effects.

The interaction of the biomass with the contact solution ionic species often
relies on redox reactions that are metabolically mediated and yield insoluble, often
elemental microprecipitates [75, 76, 108].

Another significant separation pathway is that of the precipitation of the tar-
geted solutes via metabolically generated precipitation moieties, such as in the
form of sulphates, sulphides, or phosphates [108]. The above process falls into the
category of what we described as bioprecipitation processes. Bioprecipitation is a
separate well-developed and widening area of study, which is beyond the scope of
the present work.

6 Biosorption of Organic Molecules

Most of the work on biosorption has been focused on the interaction and
sequestering of inorganic ionic species by inactive microbial biomass or bioma-
terials. The sequestering of organic molecules by inactive microbial biomass can
also be regarded as a biosorptive separation process and has also received
attention.

Early systematic work with detailed equilibrium sorption isotherms, including
temperature effects on the quantification of organic molecule biosorption, focused
on the interaction of selected priority pollutants with different inactive microbial
biomass types [15–20].

Selected toxic organic molecules including lindane, diazinon, malathion, pen-
tachlorophenol, 2-chlorobiphenyl (of the PCB family), and chloroethanes have
been examined for the biosorptive removal from aquatic solutions, as well as the
reversibility of this separation. The quantitative equilibrium separation results
were successfully and consistently described by the commonly used Freundlich
biosorption equilibrium isotherm model, over, at least, three orders of magnitude
of residual solute equilibrium concentrations, while always remaining within the
respective solubility ranges [15–17, 20].
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Examples of the respective Freundlich model parameter values for a mixed
microbial population biomass (activated sludge) are given in Table 2.

The combined assessment of the biosorption and elution equilibrium results for
the above-selected organic molecules assisted in the formation and reporting of
preliminary mechanistic understanding hypotheses for their biosorptive seques-
tering from solution and are summarised in the ensuing sections [16–20].

6.1 Lindane Biosorption

The use of simple or mixed inactive microbial biomass types showed essentially
linear biosorptive isotherms, over the extended residual equilibrium concentration
range, characterized by a low energy of biosorption.

The low solubility of lindane (ca. 10 mg/L), via the imposed low residual lindane
equilibrium concentrations, likely resulted in the observed reduced equilibrium
uptake capacities. The observed biosorptive uptakes were fully reversible, thus
likely pointing to a primarily physical sorption sequestering mechanism [15–17].

6.2 Diazinon Biosorption

Diazinon is characterized by slightly higher water solubility (ca. 40 mg/L). It has
also exhibited almost linear biosorption isotherms for single or mixed microbial
biomass types. The biosorption equilibrium was shown to be fully reversible and
this, in association with the low energy of sorption, suggested the involvement of a
physical sorption mechanism [15–17].

6.3 Malathion Biosorption

Malathion is characterized by higher water solubility (ca. 150 mg/L). It is known
to be subjected to decomposition by enzymatic reactions. As a consequence,
enzymes associated with the microbial biomass used may induce some decom-
position of the malathion molecule while in the contact solution and higher
apparent biosorptive uptake results.

Table 2 Freundlich model
parameter values (activated
sludge)

Biosorbed compound k 1/n

Lindane 1.5 1.0
Pentachlorophenol 10.1 0.8
Diazinon 0.4 1.0
Malathion 408.5 0.5
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Malathion biosorptive uptake equilibrium at lower (5 �C) and higher (20 �C)
temperatures have exhibited dissimilar desorption behavior. Biosorption appears
reversible at 5 �C, suggesting a rather physical sorption mechanism in effect. At
20 �C, the biosorption of malathion was reported as nonreversible, suggesting the
involvement of a chemical reaction in biosorption, which likely resulted in the
differentiation of malathion. The two mechanisms of physical sorption and
chemical alteration are likely acting in tandem, with their relative contribution to
the experimentally observed overall malathion biosorption affected by the contact
solution temperature [15–17].

6.4 Humic Acids Biosorption

Humic acids comprise a very complex and structurally difficult to identify class of
high molecular weight compounds, often present in natural waters. Reported work
has shown that fungal biomass of Aspergillus niger, of A. ustus, and of Stachy-
botrys sp. are efficient biosorbents for humic acids.

Equilibrium is reversible and the kinetics are rapid, suggesting a likely physical
sorption mechanism [77]. The understanding of such interactions is significant for
the study of the mobility and fate of humic substances in aquatic environments.

6.5 Chloroethanes Biosorption

The biosorptive separation behavior of 1,1,2-trichloethane (TCE) and 1,1,2,2-tet-
rachloroethane (TTCE) using different types of microbial biomass have been
reported [19, 109]. The reported results have suggested significant differences
among the observed biosorptive sequestering capacities of the examined biomass
types. An inverse relationship between the water solubility of the organic solute
and the observed biosorptive uptake capacity has been found.

The lipid content of the microbial biomass used was shown not to correlate
directly with the organic compound uptake whereas the observed biosorptive
uptake suggested the operation of competition effects between the two molecules
(TCE and TTCE). The single solute biosorptive uptake capacities are reported to
be higher than the corresponding multisolute uptake capacities [19, 109].

The above examples on the quantification of the biosorption equilibrium, the
kinetics, as well as a mechanistic understanding of the biosorption of organic
molecules point to the fact that the experimental techniques that have been
developed for the study of inorganic biosorption are suitable for use for the study
of the biosorption of organic molecules.

The issues of uptake equilibrium quantification, modeling, reversibility com-
petition effects, and mechanistic understanding are equally important in the
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rationalization of the significance of the biosorption of organics in other processes
such as the treatment of wastewater and the ultimate fate of organic pollutants in
the environment.

6.6 Reactive Dyes Biosorption

Reactive dyes are complex organic molecules of industrial significance in textiles
that generate colors. The reactivity of the molecules is commonly pH dependent.
Work reported on the biosorption of Reactive Blue, Reactive Orange 16, and
Reactive Yellow by Corynebacterium glutamicum has suggested successful bio-
sorptive uptake capacities of the order of 150–180 mg/g, strongly dependent on the
solution pH, as expected [110]. The effect of pH on the reactivity of the dyes can
be seen as an analogue to the pH effect of the speciation of metals via the
hydrolysis of ions presented earlier in this chapter. The proposed dye biosorption
mechanism is based on the nucleophilic addition and nucleophilic substitution
reactions between the reactive dye molecules’ vinyl sulfone group and the bio-
mass-based hydroxyl groups [110, 111]. This interaction, which is strongly
dependent on the solution pH, results in the binding and retention of the organic
molecule onto the microbial cell surface.

7 Conclusions

The work that has accumulated and has been reported over the years on the subject
of biosorption has helped us to understand better how the microbial biomass
interacts with solutes of an inorganic or organic nature and how such solutes are
sequestered and accumulated by the microbial biomass. Instrumental to this
understanding is the elucidation of biosorption mechanisms.

Biosorption mechanisms can vary significantly, depending on the characteristics
of the microbial biomass and on the chemical identity of the solute, under the
contact solution conditions. These differences become even more significant when
the biomass is alive, as metabolically mediated pathways may become decisive as
far as the observed solute sequestration potential is concerned. This refers to the
recommended terminology differentiation in Sect. 1.

The engineering modeling and process simulation tools that have been devel-
oped for well-established chemical engineering separation processes, as adsorption
or ion exchange, have been shown to describe well the performance of reactor
configurations that utilize microbial biomass as the acting agent for the biosorptive
sequestering of solutes.

The weak structural stability of the native inactive microbial biomass may not
permit the use of the same biomass for many biosorption/elution cycles. The
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controlled immobilization of the native inactive microbial biomass can partially
alleviate this concern.

Biosorption is an excellent selective sequestering process, especially for
applications in solutions that are complex and contain the targeted elements at low
concentrations.

In addition, the quantification of the significance and of the effects of bio-
sorptive phenomena, in engineering processes and in environmental issues, as
supplementary to or complementary to other co-existing and co-functioning
processes, is important and this is valid for both inorganic and organic solutes.
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Abstract Heavy metal contamination of soil as a result of, for example, mining
operations, evokes worldwide concern. The use of selected metal-accumulating
plants to clean up heavy metal contaminated sites represents a sustainable and
inexpensive method for remediation approaches and, at the same time, avoids
destruction of soil function. Within this scenario, phytoremediation is the use of
plants (directly or indirectly) to reduce the risks of contaminants in soil to the
environment and human health. Microbially assisted bioremediation strategies,
such as phytoextraction or phytostabilization, may increase the beneficial aspects
and can be viewed as potentially useful methods for application in remediation of
low and heterogeneously contaminated soil. The plant–microbe interactions in
phytoremediation strategies include mutually beneficial symbiotic associations
such as mycorrhiza, plant growth promoting bacteria (PGPB), or endophytic
bacteria that are discussed with respect to their impact on phytoremediation
approaches.
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1 Introduction

Approximately 1,400,000 sites in Western Europe are highly contaminated with
heavy metals [1]. The increasing release of heavy metals and metalloids to the
environment due to anthropogenic activities such as mining and smelting opera-
tions, burning of fossil fuels, municipal wastes, and agrochemical usage is a
serious problem worldwide [2–4]. Soil contamination by metals can lead to loss of
soil functions such as buffering, filtering, and transforming capacities, and may
lead to contamination of ground and surface waters [5]. Toxic levels of heavy
metals in soil are also a potential risk for environmental and human health due to
soil-to-plant transfer of metals and their accumulation in animal or human bodies
through the food chain [6, 7].

The term heavy metal includes elements with an atomic density greater than
6 g/cm3 and a specific gravity above five [8]. Some of these metals play an
important role as essential elements in biochemical reactions, whereas metals such
as Cd, Pb, or As are not essential. The essential metals such as Cu, Fe, Mn, Ni, Zn,
Mg, K, and Ca are required in low concentrations as nutrients [9]. They serve as
catalysts in biochemical processes or cofactors of many enzymes and are involved
in numerous physiological processes. But concentrations exceeding a threshold
nevertheless are toxic, as every metal may cause alterations in the conformation
structure of nucleic acids and proteins, inhibit enzymes, block functional groups of
important molecules, and lead to production of reactive oxygen species (ROS;
[10–12]). In contrast to organic pollutants, heavy metals cannot be degraded and
their mobility in soil is influenced by soil conditions, metal speciation, and solu-
bility in water. Metal availability in the water phase and hence their bioavailability
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for uptake in either microbes or via plants into the food chain depends on pH,
redox potential, and cation exchange capacity of soil, as well as adsorption to soil
particles and interactions with soil microorganisms [8, 13]. The bioavailability
further is strongly influenced by the presence of dissolved organic substances that
may form metal complexes [14].

High heavy metal content in soils affects soil fertility as well as plant growth
and renders large areas unsuitable for agricultural use. Thus, the remediation of
heavy metal polluted soils is of high importance [6, 15]. Here, we discuss mi-
crobially assisted phytoremediation and also include an outlook to phytomining.

2 Potential of Phytoremediation Approaches

The remediation of heavy metal contaminated soils is one of the most challenging
tasks for environmental engineering and most conventional remediation approa-
ches do not provide satisfactory solutions [16, 17]. Conventional technologies for
cleaning metal contaminated sites are mainly ex situ decontamination using
physical and chemical methods. These ex situ techniques, such as soil washing,
excavation, and thermal treatments, irreversibly affect soil functions, destroy
biodiversity, and leave it biologically inactive [18, 19]. Furthermore, these
remediation options are often costly, energy intensive, and site destructive [20].
The increasing awareness of public and governmental bodies provides an oppor-
tunity for plant-based bioremediation technologies.

The use of green plants to decontaminate heavy metal polluted sites, known as
phytoremediation, is an in situ technology with considerable promise for removing
metals from areas of low to moderate concentrations [21, 22]. It aims to use metal-
accumulating plants to remove, transfer, or stabilize heavy metals at contaminated
sites thus reducing the risk to the environment [23].

The idea of using plants that accumulate metals taken up from soil in har-
vestable biomass was introduced in 1983 and gained public exposure in 1990 [24].
Depending on the contaminants, the level of pollution, and the site conditions,
phytoremediation includes five main plant-based technologies (Table 1) with three
different mechanisms of action for cleaning up metal contaminated sites: phy-
toextraction, phytostabilization, and rhizofiltration [5, 25–28]. Among these,
phytoextraction and phytostabilization are the most reliable for heavy metal
removal from soils [29, 30].

The use of phytoremediation offers the benefits of being in situ, passive and
solar-driven technology, and allows for site restoration, applicability to a wide
range of sites, promoting future land use, and additionally opens the road to
biorecovery of metals [31]. The main costs of phytoremediation are the site
monitoring, the preconditioning of the contaminated soil, planting, potentially pest
control, and harvest. It also contains the costs for disposal of contaminated bio-
mass, mostly by controlled burning and ash deposition. The estimated costs for
removal of contaminants from soils range from $25 to $100 per ton, depending on
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site characterization and level of contamination [16, 25]. This cost-effective, green
alternative may also be used at sites not readily available to other methods, reduces
the exposure to secondary air- or water-borne wastes, and provides a vegetative
ground cover for long-term stabilization and erosion prevention [32, 33]. The
combination of bioenergy production and the recovery of heavy metals from
metal-rich plant ash is possible [34]. Finally, remediation of contaminated sites by
using green plants instead of machines or toxic chemicals is more attractive and
more acceptable to the public than any other engineering-based approach.

However, some serious limitations of phytoremediation need to be considered.
One of the greatest disadvantages is the time needed. Phytoremediation is gen-
erally slower than the more established, conventional soil remediation techniques
such as excavation, incineration, or pump-and-treat systems. Several factors,
including life cycles of plants, ordinary growing seasons, metal resistance of the
crop used, as well as the level of contamination are influencing site cleanup [35].
In addition, site characteristics such as soil properties, mixed contamination, or
climate may exert a strong influence. In addition, the use of plants does not allow a
total removal of pollutants, because the lower the concentration of a respective
pollutant, the slower the uptake becomes. This biological method is also limited in
applicability to surface soils and limited by the bioavailability of the contaminant.
Especially for cleaning up metal-contaminated sites, the solubility and bioavail-
ability are of utmost importance [5, 36], and it requires further validation under
field conditions in long-term experiments [6]. The use of chelating agents in order
to enhance solubility of metals in soil, selection of adapted plant species, or
addition of required nutrients or soil amendments might provide strategies to
overcome disadvantages [16, 37].

Taken together, the success of the applied technology depends on two major
components: choice of plants and soil conditions. Some plant species are well
known to accumulate high metal loads in their biomass. Such metallophytes,
however, often specifically concentrate one element, indicating limitations in
remediation of sites with multiple contaminants. As a result, it is logical to con-
sider crop plants as well that also have been evaluated for metal uptake in some
cases. Decisive soil conditions such as homogeneous distribution of pollutants,

Table 1 Phytoremediation types

Process Description Contaminant

Phytoextraction Uptake of pollutants from soil and accumulation in
harvestable plant biomass

Inorganic
pollutants

Phytostabilization Reduction of mobility and bioavailability of pollutants
by plant roots in the rhizosphere

Inorganic
pollutants

Rhizofiltration Absorption and adsorption of pollutants by plant roots
from aquatic environments

Inorganic/organic
pollutants

Phytovolatilization Removal of pollutants from contaminated environment
and their release into air

Inorganic/organic
pollutants

Phytodegradation Degradation of pollutants by plants and associated
microorganisms

Organic
pollutants
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contamination with only one specific element, a good bioavailability of this
contaminant, pH values between 4 and 7, and a good water-holding capacity of the
contaminated soil are promising requirements [38].

There is one additional potential measure that has been underestimated thus far.
The use of microbes with phytoremediation approaches might exert a positive
influence on plant growth and soil function, which needs to be evaluated to the full
before a final decision on feasibility can be made. This positive influence can
lower the toxicity of metals in the plant or in the soil, increase the bioavailability
of metals to achieve better uptake, reduce the wash-out with percolation water thus
reducing the risk for ground and surface waters, or aid plant growth. The increase
in biomass even may compensate for lower uptake per gram dry matter of har-
vested plant biomass. Thus, we discuss mechanisms of microbes, both bacteria and
fungi, which are considered to be relevant for phytoremediation.

3 Plant-Based Methods for Bioremediation

3.1 Phytoextraction

Phytoextraction, also called phytoaccumulation, aims at removing inorganic pol-
lutants, especially heavy metals, metalloids, and radionuclides, from contaminated
subsurfaces through uptake by plants and accumulation in harvestable plant bio-
mass [19]. Contributing factors for a successful extraction by plants are the extent
and bioavailability of contaminants in soil and a plant’s ability to tolerate and
accumulate pollutants in high concentrations. For a successful metal extraction, the
ideal plant should have some important characteristics: (1) rapid growth and high
biomass production; (2) high tolerance to pollution and high accumulation of
contaminants in aboveground biomass; (3) high root-to-shoot transfer of elements
with a low binding capacity to root cell walls; (4) high bioconcentration factor and
biological absorption coefficient (also referred to as BCF and BAC, respectively)
higher than 1; (5) extended, well-branched, and deep root system; (6) native or
easily adapting to the contaminated environment; and (7) simple agricultural
management in the field [5, 38]. Unfortunately, even plant species suitable for
phytoextraction do not combine all these required characteristics and poor soil
conditions such as drought, moisture, and low fertility affect metal extraction.
Suitable plants for phytoextraction are metal-accumulating crop species, especially
within Brassicaceae and Poaceae, as well as highly productive tree species such as
willow and poplar.

Most metal-tolerant plants are metal excluders. They restrict the transport and
entry of metals into their aerial parts over a wide range of metal concentrations in
the soil, but still contain high metal concentrations in their roots. Plants that
actively accumulate metals in their upper plant tissues and generally reflect metal
concentration in contaminated soil are called metal indicators [1, 2]. Some plant
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species are able to accumulate specific metals to significant levels in their
aboveground biomass. These hyperaccumulators can be used for a continuous
phytoextraction because they accumulate metals at concentrations of more than
0.1 % or greater of their dry weight (Table 2; [39]). More than 400 species in 45
different botanical families can be classified as hyperaccumulator plants. Well-
known plant families that contain species of hyperaccumulators are, for example,
Brassicaceae, Euphorbiaceae and Poaceae. The hyperaccumulator plants,
including Thlaspi, Brassica, Apocynum, Paspalum, and Alyssum [18], however,
often are rather small with a low biomass production. There are, on the other hand,
also some trees and shrubs that can accumulate elevated levels of specific metals
without symptoms of phytotoxicity [5, 40].

In general, the feasibility of metal extraction from contaminated soil by plants
is limited by the time required for cleanup, target metals in soil, depth of con-
tamination, and suitable plant characteristics [41]. Thus, phytoremediation tech-
nique is applicable to decontaminate low to moderate metal-contaminated surface
soils [38]. The effects of soil microbes discussed below may offer several bene-
ficial traits.

3.2 Phytostabilization

During phytostabilization, metals are converted into inert immobilized species by
absorption, adsorption, accumulation, precipitation, and physical stabilization
within the root zone. The established vegetation cover provides the rhizosphere
wherein metals precipitate. In this way, the plant action prevents metal leaching
into groundwater [19]. Phytostabilization does not remove contaminants from soil,
but aims at reducing the risk of further environmental degradation [42]. Desirable
characteristics of plants selected for phytostabilization at a particular site include:
(1) tolerance to high concentrations of metals of concern, (2) fast growth rates to
establish ground cover and ability to develop an extended and abundant root
system, (3) high retention capacity of contaminants in roots or rhizosphere to
immobilize these contaminants and to prevent their spreading through the
food chain, (4) low translocation of metals from root to shoots, (5) a high

Table 2 Main characteristics of continuous versus induced phytoextraction

Continuous phytoextraction Chelate-assisted phytoextraction

Hyperaccumulator plants Excluder, non-hyperaccumulator plants
Slow growth rates, low biomass production High growth rates, high biomass production
Natural metal hyperaccumulation Enhanced metal uptake by synthetic or natural

chelators
Suitable for highly polluted soils Suitable for low to moderate polluted soils
Most hyperaccumulators are metal specific Multi-metal uptake
No environmental risk regarding leaching of

metal chelates
Risk of percolation of anthropogenic metal

chelates
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bioconcentration factor, (6) relatively high transpiration rates to effectively
dewater the soil, (7) low sustainment requirements and simple agricultural man-
agement, and (8) long-living and indigenous origin [43, 44]. For instance, suitable
plants for phytostabilization are native species of perennial grasses, which are
highly metal tolerant and adapted to local soil conditions. Additionally, a wide
range of metal-tolerant shrubs and trees can be used for restoration of metal-
contaminated sites [33, 45]. Typically, applied amendments are phosphate
fertilizers, composted organic matter, liming agents, clay minerals, iron oxides,
biosolids, or by-products from industrial processes [46]. The addition of soil
amendments offers better starting conditions for the plants and may improve soil
fertility [42, 47]. Here, microbially supported approaches may be used to substitute
for amendments, at least partially.

3.3 Rhizofiltration

Rhizofiltration refers to using hydroponically cultivated roots or seedlings of
terrestrial plants to absorb, concentrate, or precipitate metal pollutants from
aqueous waste streams [48]. Mechanisms involved in metal removal by plant roots
include extracellular precipitation, cell wall precipitation and surface adsorption,
as well as intracellular uptake followed by compartmentalization and deposition
within the vacuole [16, 19]. Suitable plants for rhizofiltration should combine the
characteristics of: (1) high metal tolerance and high accumulation rates of target
metals, (2) high translocation rates of metals, (3) high root biomass and large
surface area, (4) easy handling and low maintenance costs, and (5) minimal sec-
ondary waste production. Fast-growing crop species including Indian mustard,
sunflower, wild cabbage, tobacco, rye, and corn have an intrinsic ability to absorb
and precipitate various heavy metals such as Pb, Mn, Cd, Ni, Cr, Cu, and Zn from
aqueous solutions [16, 48]. At the same time, certain sunflower breeds seem to be
promising candidates for rhizofiltration of radionuclides such as U, 137Cs, and 90Sr
[27, 48]. Rhizofiltration seems to be most adaptable for large water volumes with a
low level of contamination. The use of plant roots or seedlings provides an effi-
cient and inexpensive solution to remove toxic metals from polluted waters and
thus prevent hazardous risks to human health [16]. Removal of radionuclides from
wastewaters may be particularly effective in combination with beneficial micro-
organisms [49].

4 Rhizosphere Interactions

Soil bacteria and mycorrhizal fungi have an impact on metal bioavailability and
can either enhance or repress metal transfer from soil into harvestable plant bio-
mass [39]. These interactions with direct contact or diffusion based interaction can
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be put into context with the general phytoremediation strategies (Fig. 1). A third
possible microbe–plant interaction with impact on phytoremediation is the endo-
phytic life style of bacteria or fungi within healthy plant tissues.

Specifically the mutually beneficial mycorrhizal symbiosis positively affects
plant growth, biomass production, nutrient uptake, and production of growth-
promoting hormones [50]. Within chemically assisted or induced phytoextraction,
soil microbes may substitute the effects otherwise provided by application of
chemical amendments to enhance the solubility and availability of metals in the
soil [16, 51]. The secretion of natural chelating molecules such as phytosidero-
phores by plants [52] or metal reductases by roots [53] specifically can be com-
plemented with soil bacteria that increase metal bioavailability and metal tolerance
in plants [5].

But also alteration of physicochemical properties in the rhizosphere (e.g., pH
and Eh) are prone to be dependent on microbial activity. Humic acids are formed
by microbial degradation of dead organic matter. They become soluble at higher
pH and make soil metals available for plants due to their characteristic carboxyl
and phenol groups [54]. Furthermore, humic acids can reduce the mobility of
various heavy metals in soil and limit percolation of solubilized metals into
groundwater [55].

Fig. 1 Microbe–plant interactions in phytoremediation technologies (modified after [36])
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Phytohormones such as auxins have various positive effects on plants. For
instance, auxins are involved in several cellular and physiological processes within
the plant and can promote plant growth. Auxins are known to enhance both bio-
mass production and root extension even in low concentrations, which may
improve phytoextraction efficiency of metals by plants [5, 56]. Rhizosphere bac-
teria or fungi are well known to be able to synthesize auxins.

Most metal-accumulating plants are able to develop an extended root system
with a high surface area to obtain essential nutrients for growth [16]. At the same
time, they also have the ability to accumulate and tolerate elevated levels of
nonessential metals. Usually, heavy metals in soil exist as ions and are taken up by
plant roots via membrane transporter proteins. This active transport—against a
chemical gradient—requires metabolic energy and allows for accumulation above
the diffusion-driven adsorption to the apoplastic root surface. For most elements,
numerous transporters exist in plants, each with specific properties with respect to
transport rate, substrate affinity, and specificity [4, 57]. The storage of chelated
metals in the vacuole or apoplast facilitates root sequestration [36].

The two major, heavy metal-binding compounds within plants are phytochelatins
and metallothioneins [58]. Metallothioneins (MTs) are small cysteine-rich proteins
found in animals and, more recently, in higher plants and bacteria. Typical for
metallothioneins are their low molecular weight between 6–7 kDa and their high
cysteine content necessary for coordination of specific metal ions in metal–thiolate
clusters [59]. These low molecular weight metal-binding proteins are divided into
three different classes, with class I being composed of animal MTs. MTs found in
plants fall into class II, with wheat Ec protein and a number of MTs in different
Arabidopsis ecotypes being described [2, 60, 61]. Within bacteria, metallohistins
with high cysteine plus histidin contents can additionally be shown [62].

Phytochelatins (PCs) are a family of peptides that were first identified in yeast.
They had been included into class III MTs. Whereas MTs are gene-encoded, PCs
are enzymatically synthesized and induced by metals in most autotrophic plants,
yeast, and some fungi. They are composed of only three amino acids, glutamine
(Glu), cysteine (Cys), and glycine (Gly), and are structurally related to the tri-
peptide glutathione. The structure of these peptides is (c-Glu-Cys)nX, where X is
Gly, c-alanine, serine, or glutamate, and n is in the range of 2–5, depending on the
organism [63]. Biosynthesis of PCs can be induced by many metals, including Cd,
Ni, Cu, Zn, Hg, Ag, Pb, and As, where Cd seems to be the strongest inducer [64].
PCs may play a role in the detoxification of metal ions by forming PC–metal
complexes and thus regulate availability of metal ions in cells in order to prevent
metal toxicity [65, 66].

4.1 Plant Growth Promoting Bacteria

Overviews of already published studies on benefits from plant–microbe interac-
tions and their possible applications are given elsewhere [67–70]. The term plant
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growth promoting bacteria (PGPB, or PGP rhizobacteria, PGPR) was introduced
for those bacteria contributing to plant growth in both ways, directly or indirectly
[71]. PGPB colonize root surfaces or thrive in the rhizosphere and affect plant
development by nitrogen fixation, phosphate solubilization, or the production of
phytohormones [69, 70], mostly auxins. Auxins are appropriate for phytoreme-
diation, inasmuch as stimulation of germination, enhanced resistance to biotic or
abiotic stress, and plant growth are controlled [69, 72].

Additionally, some PGPB are able to produce siderophores, iron chelators with
a high Fe3+ affinity [73]. By binding to other metals, siderophores were found to
promote plant growth on metalliferrous soils [74, 75]. Heavy metal resistant
streptomycetes, Gram-positive aerobic soil bacteria, could be shown to enhance
growth of Vigna unguiculata by siderophore production and nickel sequestration
[76, 77] or preventing excess cadmium uptake in Helianthus annuus [78].

Enzymes, osmolytes, biosurfactants, nitric oxide, organic acids, and antibiotics
produced by PGPB may contribute to the positive effects on plant performance
[69]. However, additional studies should be undertaken to evaluate the sustain-
ability and competition between PGPB and other soil microorganisms that need to
be considered [80, 79].

4.2 Endophytes

Infection of plants without causing symptoms, in a harmless and mutualistic
symbiosis, is performed by endophytic bacteria or fungi [81, 82]. Natural or
genetically engineered endophytic bacteria were successfully used for phyto-
remediation studies [83–86]. These bacteria can improve a plants’ capability of
resisting pathogens, heavy metals, and herbivores. Additionally, enhancement in
plant growth and supply with fixed nitrogen contribute to plant performance [87,
79]. In contrast to PGPB, endophytes live within healthy plant tissue, where stress
and competition with other microbes are easier to overcome [79, 80]. Because
fungal or bacterial cell walls are able to sequester substantial quantities of metals,
an increase in metal loads of aboveground harvestable biomass seems possible.

One major point that needs consideration with respect to endophytes is that
often, any organism isolated from surface-sterilized plant tissue is considered to be
an endophyte. However, looking at the definition this is not true. It is very difficult
to show that no contamination was remaining in the case of surface sterilization.
Hence, it is mandatory that endophytes are reinfected, again growing without
causing disease symptoms in the same compartment as before. Only if in planta
growth can be re-established, should an organism be called an endophyte. How-
ever, once this is established, endophytes may well exert a positive effect, on metal
sequestration. A mutually beneficial symbiosis may be assumed, however, here the
correct denomination would be endophyte unless the beneficial traits to both
partners have been clearly established (see [88, 89] and citations therein).
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4.3 Mycorrhiza

Mycorrhizal interactions are mutually beneficial symbioses of higher plant roots
and fungi [90]. In the environment, almost every plant undergoes mycorrhizal
interaction with one or more fungal partners [91]. The plants profit from nutrient
and water supplied through the fungus, which enhances plant growth and resis-
tance against diseases [92]. In return, the plant supplies the fungus with glucose,
sucrose, and other carbohydrates [90].

The two most common types of mycorrhiza are ecto- and endomycorrhiza,
differentiated for lack or occurrence of root cell invasion by the fungus, respec-
tively [91–92]. In both mycorrhiza types, the main fungal cell wall components
chitin, cellulose derivatives, and melanin are able to bind and sequester heavy
metals [94].

Ectomycorrhiza is ubiquitous in almost 10 % of plant families, especially lig-
neous plants, which form this root symbiosis with thousands of fungal species within
over 200 genera [93, 95]. From the soil mycelium, which can transport nutrients
towards the root from several hundred meters distance, ectomycorrhizal fungi form
an outer mantle of hyphae covering the short root tips and develop to grow between
the root rhizodermis cells, the Hartig’ net [91]. Mainly, the benefit for phytoreme-
diation is prevention of heavy metal toxicity [94]. For instance, accumulation of
heavy metals has been found in cell wall layers, extramatrical hyphae, and the fungal
mantle [94, 96, 97]. In pot experiments with copper and lead contaminated
soil, Betula pendula has been shown to be protected from heavy metal stress due
to colonization with ectomycorrhizal fungi. Although the mycorrhization rate
decreased with higher heavy metal concentrations, the content of extracted copper
and lead in B. pendula leaves was higher as compared to non-inoculated plants.
Specifically young seedlings are found to profit from protection against metal stress
[98]. A combined inoculation with ectomycorrhizal fungi and Bacillus cereus strains
showed enhanced plant growth promotion for Salix viminales in contaminated soils
and enhanced metallothionein production in the plant. Thus, a dual inoculation may
be feasible for phytoextraction and phytostabilization [99].

Arbuscular mycorrhiza, the main type of endomycorrha, has been extensively
investigated for phytoremediation [6, 90, 92, 94, 100]. Here, Glomeromycota fungi
penetrate the root cortical cells [90]. The fungi are obligate biotrophs, not able to
grow in the absence of green hosts for more than a few days, due to their inability
to absorb carbohydrates [92, 100]. Different species, mostly of the genus Glomus,
have been isolated from heavy metal contaminated soils. In plants inoculated with
these isolates, heavy metals were found to be either more highly concentrated in
plants, or were reduced due to mycorrhization [94]. Hence, there seems to be
specific plant–fungal associations that need to be carefully combined and tested
before field trials are performed, in order to establish a successful promotion of
either phytoextraction or phytostabilization.
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5 Metal Exclusion from Plant Uptake

The physiological properties of soil microbes not only allow for enhanced plant
growth. It has been shown that specifically Gram-positive bacteria dominate at
metalliferous sites [101]. One specific example featuring a field trial is the
remediation effort at a former uranium mining site in Germany. Because field trials
are still rare, these are of specific importance (Ebena and Kothe, [102]).

Different metal-resistance mechanisms of these bacteria may be useful for
different remediation actions [103]. One useful property is that microbial biomass
may, just like plant roots, immobilize metals in soil [104]. Bacterial and fungal cell
walls have been investigated for metal sequestration from the water phase (e.g.,
[105]). Actively growing cells in soil are preferable over dead biomass, often used
in (laboratory experiment) reports. The living microbes, in this case, need to be
resistant against the prevailing metals in concentrations observed in the soil that is
to be remediated (e.g., [106]).

In addition to the chemical properties of microbial cell walls, biomineralization
(see, e.g., [107]) has been reported with heavy metal resistant soil bacteria, spe-
cifically streptomycetes. This group of soil bacteria has proven to be able to
combine different mechanisms for heavy metal resistance [108], among them
induction of metallothioneins and metallohistins [62]. Making use of different
properties of metal-resistant soil bacteria thus may provide new approaches to
phytoremediation. A thorough understanding of molecular mechanisms would aid
such experimental approaches [3].

6 Metal Translocation into Plant Biomass

The chelation of metals in the root cells is followed by xylem loading and
translocation into the shoot which involves two main processes: (1) movement
from root symplast into xylem apoplast, and (2) enhanced volume flux through the
xylem. The transport from root endodermis into the root xylem is achieved by
membrane transporter proteins. The process of xylem loading with metals is
energized by a negative membrane potential generated by proton pumping ATP-
ases [109, 110]. In the xylem, metals are chelated by organic acids (e.g., histidine,
citrate, and malate), nicotianamine, thiol-rich peptides (e.g., glutathione, phyto-
chelatins), or cysteine-rich metallothioneins [16, 111]. This complexation prevents
metal immobilization in the xylem and enables movement into the shoot. Unfor-
tunately, for most metals, it is still unclear which transporter proteins are involved
in their export to the root xylem and to which chelators they are bound during
transfer to above-ground parts.

Epidermal and subepidermal tissues, including leaf trichomes, are sites of metal
sequestration in plant tissues. Leaf epidermal cells are preferred compartments,
because they allow for removal with leaf litter [112, 113]. Metal-tolerant plants are
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able to control and change the solution concentration of free metal ions in their
cellular compartments and thus are able to survive at highly contaminated sites.

7 Potentials for Phytomining

The obvious technique for phytomining is to use hyperaccumulator plants for
removal of metal ions from the growth substrate. Worldwide, about 450 plant
species in different taxa, ranging from annual herbs to perennials have been
identified as hyperaccumulators. Approximately two-thirds of these species are
known to hyperaccumulate Ni [1]. Only 30 plant species are known to accumulate
Cd, Co, Cu, or Zn in large amounts, and there are no known Pb hyperaccumulators
yet [114, 115]. Hyperaccumulators show an exceptionally high metal tolerance,
efficient root-to-shoot translocation, and high uptake rates of metals to achieve this
remarkable accumulation of toxic soil metals. Their hypertolerance to certain
metals may result from vacuolar compartmentalization and metal chelation [26].
Boyd et al. [116] have demonstrated that high concentrations of Ni in leaves of the
hyperaccumulator plant Thlaspi montanum var. montanum can protect plants
against herbivores and pathogens [116, 117].

The use of hyperaccumulators to remove heavy metals from contaminated soil
was first suggested by (Chaney [118]) and 10 years later by McGrath et al. [119].
The concept of phytomining involves the recovery of marketable amounts of
metals from incineration ashes. The first studies on Ni phytomining were carried
out by Nicks and Chambers in 1994, by using the Californian hyperaccumulator
Streptanthus polygaloides to extract Ni from serpentine soils. The Ni concentration
in this soil was about 0.35 %, well below the economic concentration for direct
mining [120, 121]. The second field trials in phytomining for nickel were carried
out in Tuscany, Italy, by Robinson et al. [122] using the Ni hyperaccumulator
Alyssum bertolonii. They could show that A. bertolonii can be used to phytomine
Ni commercially, and that the use of fertilizers can increase Ni content in plants
[122]. The third recorded phytomining field trial for Ni used the high-biomass Ni
hyperaccumulator Berkheya coddii, an asteraceous perennial plant that can grow to
a height of about 2 m. Under controlled field conditions, a dry biomass of 22 t/ha
could be obtained after moderate fertilization within one growth period, the
highest reported yield [122].

Suitable plants for phytomining should have the characteristics of: (1) high
biomass production, (2) easy to grow from seeds, (3) perennial, (4) hardy and
adapted to local climatic conditions, and (5) resistance to herbivores and pathogens
[123]. Several strategies might be useful to make phytomining a viable technique
for the recovery of metals from contaminated plant biomass. These include the use
of high-biomass hyperaccumulators with a high metal content, or the use of fer-
tilizers to increase plant biomass and metal yields, where a high metal yield is to
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be preferred over high biomass. The use of microbially aided phytoaccumulation
has not been explored this far.

Other strategies discussed include amendment with chelating agents, such as
EDTA/EGTA, or bioengineering of hyperaccumulators to increase biomass [124].
Phytomining with high-biomass hyperaccumulators would offer the possibility of
exploiting ores or metalliferrous soils that are uneconomic for conventional mining
techniques. The extracted metals are essentially free of sulfur; their smelting
requires less energy than sulfidic ores [34] and does not contribute to acid rain.
They often contain more than one metal and have a lower density than conven-
tional ores, and thus require comparatively small space for storage [34]. This green
and emerging technology could provide an alternative to open-cast mining of low-
grade ores, but its commercialization depends on the metal content of the har-
vested biomass and the world price of the target metal. At the same time, the
economic feasibility of phytomining is limited by its low efficiency with respect to
land use and time. Research is required to overcome these potential limitations to
make phytomining a successful commercial technique in recovering metals from
contaminated soil by plants [12, 125]. These approaches might be even further
stimulated by considering endophytic bacteria and fungi (for reviews see
[126–128]). However, thus far this route to enhance the phytomining potential of
hyperaccumulating plants has not been pursued.

8 Case Study

For a proof-of-principle, a case study is included here. This is within the former
uranium mining area in Eastern Thuringia and Western Saxony, Germany, where
mining during German Democratic Republic times produced 210,000 tons of ura-
nium for the USSR weapon industry. The mining operations were stopped in 1990
with the reunification of Germany, and remediation of the vast area was started
[129]. The size of the mining-related contamination made a multiple-step approach
necessary. The mine was closed, the shafts and galleys sealed to prevent easy flow of
mine water to the surface, and flooded. The heaps were removed into the former
open-pit mine in a structured way by putting in the most acid-generating, sulfidic
material at the lowest point and the most neutralizing at the top. The flooding of the
mine re-establishes anaerobic conditions preventing further oxidation of the mate-
rial and thus limiting the future production of acid mine drainage. The former heap
sites were recontoured using allochthonous material. In only a few cases heaps were
retained and covered. Tailings were stabilized and prepared for dry cover. Finally,
acid mine drainage influenced waters have been removed to water treatment plants.
All in all, the size of the operation was tremendous and the sum of €6.5 billion was
needed to come to this technical solution, performed by the WISMUT GmbH [129].
However, this huge effort still leaves environmental problems unsolved, as could be
expected, given the size of the operation.
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One of these remaining areas with problematic environmental influences is the
former leaching heap Gessen near Ronneburg, Thuringia, Germany. Here, low-
grade ore had been leached resulting in significant problems with acid mine drainage
waters influencing the heap base at points where an initial loam base had leaked. At
the time of removing the heap material, the base material was removed to a depth
of approximately 3–6 m and replaced by a cover of 40–100 cm of new material
[130–132]. The area was sown with a mixture of grasses and clover. However, the
acidic and heavy metal rich water by capillary rise led to metal contamination of the
surface substrate, and plant growth has been limited in this area., The Friedrich
Schiller University in Jena established a test field site in this area in 2004 (Fig. 2)
where the feasibility of phytoremediation is tested [133]. The setting clearly covers
the above-mentioned preconditions for phytoremediation, namely a spatially het-
erogeneous, comparatively low contamination of a vast area, where geotechnical
and engineering solutions are not (or not further) feasible [134].

Fig. 2 Test field site at the
time of adding different soil
amendments before
establishing the site in 2004,
and in 2010 after seven
planting seasons
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Several lysimeters were installed to monitor input into groundwater, and
sunflowers were sown for five years, inoculated with soil bacteria isolated from the
site, and mycorrhizal fungi. In addition, it was tested whether a soil amendment
could enhance plant growth ([135, 136]; see also Fig. 2). Thus, 5 cm of topsoil or
5 cm of compost were plowed in with the upper 30 cm of substrate. It was not
meant as a cover in which plants could grow, but rather a moderate addition of
nutrients to the nutrient-deprived substrate. At the same time, an inoculation was
achieved with the compost. This was supposed to be important because we had
seen only limited numbers of bacteria in the deprived soil material at the site.
Indeed, 9 years after the addition of the amendments, an effect is still observed,
even if the added nutrients have already been consumed a long time ago, and the
mixed material is acidic and now also metal contaminated [104]. However,
establishing a microbial community able to survive the harsh conditions led to soil
formation and the beginning processes of pedogenesis enhance plant growth
(Fig. 2). Hence, the initial concept of first increasing soil microbiology to see a
secondary positive effect on plant performance has proven to be successful.

Had the initial purpose been to neutralize the soil by addition of calcareous
material, the prevailing soil microbiology would have been even further dimin-
ished. This has been known for a long time and has been seen, for example, after
forest soil neutralization as an acid rain counter-measure. Indeed, the loss of trees,
at least initially, is strongly enhanced, mainly because the ectomycorrhizal fungi
stabilizing this ecosystem are adapted to lower pH and cannot survive the sudden
pH increase. The loss of their symbionts is even more detrimental to the trees as
compared to the slow decrease resulting from acid rain (see, e.g., [137]).

A similar situation adhering to the same principle of destroying soil microbi-
ology would have been observed had we chosen to add fertilizer to our plots. In
this case, the plants would likely not have responded as strongly to the microbial
community. Although fertilization is a short-term effect, enhancing microbial
activity leads to a longer lasting improvement of soil functions associated with soil
microbiology and hence seems preferable, even if associated with a lower initial
biomass production. This effect was tested at the field site using different plants
and monitoring soil respiration throughout all different planting regimes (Fig. 3).
Indeed, soil respiration was influenced by a change of planting regime, as has also
been observed with agricultural soils.

The application of microbes, certainly, depends on the sustainability of the
added microbes within the autochthonous community. Thus, isolation of indige-
nous strains, cultivation, and re-application seem advisable, rather than providing a
one-for-all ‘‘cure strain’’. This concept has been tested at the test field site and
indeed, a sustainable effect could be observed [138].
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9 Conclusions

The increased metal mining and industrial use of metals lead to both local high
contamination and vast areas of heterogeneous, low to medium metal contamina-
tion. Whereas for local, highly contaminated areas, geotechnology approaches
provide good solutions, the remediation of large landscapes with lower, but still
detrimental metal content in the soil may well be prone to undergo biotechnological

Fig. 3 Planting regimes at the test field site resulted in limited biomass production of sunflower
(Helianthus annuus) and corn (Zea mays). Soil respiration (lower image) was obtained in situ
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remediation. Here, we discussed the potential of phytoremediation assisted by
microbial processes for such use.

The results of our review show that microbes may support different tasks in
bioremediation applications, from phytostabilization to phytomining. Phytostabi-
lization does not promise to remove the contaminant, but instead provides a
solution for establishing a ground cover with the help of soil microbes. The
microbes may immobilize metals such that neither uptake into food chains nor
excess plant toxicity occurs. Thus, the beneficial effects of a ground cover, with
enhanced evapotranspiration and protection from wind and water erosion can be
provided. Such a revegetation on usually nutrient-deprived soils strongly benefits
from the plant growth promotion of either rhizobacteria or mycorrhizal fungal
associations with plant roots. At the same time, sequestration by soil microbes or
biomineralization limits contamination of groundwater needed for the drinking
water supply in many places.

Another application of phytostabilization is the use of contaminated land for
farming, not for production of food or human consumption crops, but for pro-
duction of bioenergy plants. This allows for sustainable energy production without
direct competition with agriculture for food crops. However, to be used in bio-
ethanol or bioenergy production, metal loads of harvested plant biomass needs to
be below legislation thresholds.

Soil bacteria, endophytes, and mycorrhizal fungi may, on the other hand, also
help in tipping the balance in favor of phytoextraction. The mobilizing activities of
PGPB or soil fungi may be especially helpful in achieving high metal uptake into
plant-harvestable biomass. Here, specifically the excretion of chelators and acid-
ification potential of physiologically active soil microbes may be useful for geo-
biotechnology. Even in phytomining, these activities are worth considering. Here,
the metal sequestration within plant tissue apoplast at bacterial or fungal cell walls
and the compartmentalization, for example, in fungal vacuoles, might further
increase both metal tolerance and metal accumulation of plants.

All in all, microbially assisted phytoremediation is only beginning to be
explored and field trials are especially urgently needed to evaluate the feasibility
and stability of geobiotechnological approaches in metal bioremediation.
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I
Incineration, ashes, 85
Indium, 53
Industrial residues, 49
Iron, oxidation, 121

bioreactors, 123
Iron hydroxyl sulfate, 56
Iron oxides, 60
Iron-(oxy)hydroxide, 30

K
Kinetics, 173

L
Laterites, limonitic, 29

reductive dissolution, 28
Lead, biosorption, 193

smelter slags, 65
Leptospirillum ferriphilum, 4, 19, 22
Lignite electric power stations, ashes, 85
Limestone, 119
Lindane, 201
Living cells, sequestering, 200

M
Magnesium, 53

sulfates, 31
Malathion, 201
Manganese, oxidation, 56

oxides, 35
Manganese-reducing bacteria, 29
Marine sludges, 84
Mercury, 62, 128
Metal ions, 173
Metal recovery, mine-impacted waters, 32
Metal sulfides, acid-soluble, 20

oxidizing microorganisms, 14
solubility products, 31

Metal translocation, plant biomass, 222
Metal-containing residues, 49
Metallohistins, 222
Metallothioneins (MTs), 219, 221
Metal-resistance mechanisms, 222
Metals, 173
Methanol, 73

Methionine (MET), 62
Methyl donors, 62
Methylation, 61
Methyl-cobalamin (methyl B12), 62
Methylmercury, 62
Microbial iron oxidation, 109, 121
Microbial leaching, 63
Microbial rust separation, 60
Microbial sulfate reduction, 109
Microbial weathering, 37
Microbially assisted remediation, 211
Microfiltration, 118
Microorganisms, 173
Mine waters, 32, 34
Mine-impacted waters, 32
Mining residues, 64
Modeling, 173
Molybdenite, 19
Molybdenum, 77, 87, 93, 96, 118, 128
Mucor miehei, 187
Municipal waste disposals, 97
Mycorrhiza, 221

N
Nanofiltration, 118
Neodymium, 188
Nickel, 1, 11, 29

smelter, 64, 68
Niobium, 53
Nitrate ammonification, 58
Nitric acid, 52, 54

O
Offline precipitation, 32
Oil-fired power stations, ashes, 89
Olivin, 68
Open limestone channels (OLC), 119
Organic acids, 49
Organics, 173
Orpiment, 20
Orthoclase, 58
Oxalic acid, 55
Oxidation, 56
Oxide ores, 13

P
Palladium, 177, 182, 185, 189
Passive treatment system, 109
Pentachlorophenol, 200
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Phosphoric acid, 77
Phosphorus furnace slag (PFS), 72
Phytochelatins (PCs), 219
Phytodegradation, 214
Phytoextraction (phytoaccumulation), 211,

214, 215
Phytomining, 211, 223
Phytoremediation, heavy metals, 213
Phytostabilization, 211, 214, 216
Phytovolatilization, 214
Pickling processes, sludges, 80
Plant growth promoting bacteria (PGPB), 211,

219
Platinum, 53, 189, 191
Polyacrylamides, 197
Polysulfide pathway, 20
Process waters, 32
Pseudomonas plecoglossicida, cadmium, 193
Pulsed limestone bed (PLB), 120
Pyrite, 19, 20, 111
Pyrrhotite, 21

Q
Quartz sands, 35

R
Radionuclides, 36
Radium, 184
Rare earth elements, 49, 53, 71, 191
Rare earth oxides (REO), 71
Reactive Blue, 203
Reactive dyes, 203
Reactive Orange 16, 203
Reactive Yellow, 203
Realgar, 20
Redoxolysis, 55
Reduction, 57
Reductive dissolution, 28
Remediation, 109
Reverse osmosis, 118
Rhizofiltration, 214, 217

S
Sarcina urea, 58
Sargassum vulgaris, lead, 194
Schwertmannite, 33, 93, 114
Scorodite, 123
Sediments, heavy metals, 83
Siderophores, 59
Silica gel matrices, 197
Silicates, 13

Silver, biosorption, 191
Slags, 49, 64

carbonization, 58
deposits, 68
dump, 85

Sludges, 49, 80
industrial, 80
river/harbor/marine, 83

Smelters, slags, 64
Sodium vanadate, 91
Solution concentrations, 179
Sorbate solution concentration, 179
Sphalerite, 21
Spodumene, 35
Streptanthus polygaloides, nickel, 223
Sulfate, reduction, 153
Sulfate-reducing bacteria (SRB), 33, 57
Sulfhydryls, 177
Sulfides, 14, 18, 27, 33, 54, 121, 129, 147
Sulfur, 14, 54

oxidation, 31
Sulfuric acid, 3, 14, 19, 21, 29–31, 118, 137

T
Tailings, 9, 13, 36, 49, 64, 77, 224
Tantalum, 53
Termitomyces clypeatus, chromium, 194
Tetra-ammonium palladium, 189
Tetrachloroethane (TTCE), 202
Tetrahydrofolic acid (THF), 62
Tetrathionate, 20
Thiosulfate pathway, 20
Thlaspi montanum var. montanum,

nickel, 223
Thorium, 188
Tin, 77

bioleaching, 79
Trace elements, 49
Transuranium elements, 185
Trichloroethane (TCE), 202
Troilite, 20
Tungsten, 53, 77
Tungstenite, 19

U
Ultrafiltration, 118
Uranium, 1, 12, 181, 224

Mucor miehei, 187
oxidation, 56
reduction, 57
Rhizopus arrhizus, 181, 183, 185
tailings, 224
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Urban mining, 49
Urea, 58

V
Vanadium, 89, 91
Varlamoffite, 79

W
Waste incineration plants, ashes, 91
Water treatment plants, 92
Weathering, 37
Wetlands, aerobic, mine waters, 122

X
Xylem loading, metals, 222

Y
Yttrium, 191

Z
Zero discharge, 174
Zinc, 1, 11, 27, 33

smelter slags, 65
Zincates, 59
Zircon, 35
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