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Since 1980, The Handbook of Environmental Chemistry has provided sound
and solid knowledge about environmental topics from a chemical perspective.
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and waste characterization; environmental contaminants; biogeochemistry; geo-
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Series Preface

With remarkable vision, Prof. Otto Hutzinger initiated The Handbook of Environ-
mental Chemistry in 1980 and became the founding Editor-in-Chief. At that time,
environmental chemistry was an emerging field, aiming at a complete description
of the Earth’s environment, encompassing the physical, chemical, biological, and
geological transformations of chemical substances occurring on a local as well as a
global scale. Environmental chemistry was intended to provide an account of the
impact of man’s activities on the natural environment by describing observed
changes.

While a considerable amount of knowledge has been accumulated over the last
three decades, as reflected in the more than 70 volumes of The Handbook of
Environmental Chemistry, there are still many scientific and policy challenges
ahead due to the complexity and interdisciplinary nature of the field. The series
will therefore continue to provide compilations of current knowledge. Contribu-
tions are written by leading experts with practical experience in their fields. The
Handbook of Environmental Chemistry grows with the increases in our scientific
understanding, and provides a valuable source not only for scientists but also for
environmental managers and decision-makers. Today, the series covers a broad
range of environmental topics from a chemical perspective, including methodolog-
ical advances in environmental analytical chemistry.

In recent years, there has been a growing tendency to include subject matter of
societal relevance in the broad view of environmental chemistry. Topics include
life cycle analysis, environmental management, sustainable development, and
socio-economic, legal and even political problems, among others. While these
topics are of great importance for the development and acceptance of The Hand-
book of Environmental Chemistry, the publisher and Editors-in-Chief have decided
to keep the handbook essentially a source of information on “hard sciences” with a
particular emphasis on chemistry, but also covering biology, geology, hydrology
and engineering as applied to environmental sciences.

The volumes of the series are written at an advanced level, addressing the needs
of both researchers and graduate students, as well as of people outside the field of
“pure” chemistry, including those in industry, business, government, research
establishments, and public interest groups. It would be very satisfying to see
these volumes used as a basis for graduate courses in environmental chemistry.
With its high standards of scientific quality and clarity, The Handbook of

ix



X Series Preface

Environmental Chemistry provides a solid basis from which scientists can share
their knowledge on the different aspects of environmental problems, presenting a
wide spectrum of viewpoints and approaches.

The Handbook of Environmental Chemistry is available both in print and online
via www.springerlink.com/content/110354/. Articles are published online as soon
as they have been approved for publication. Authors, Volume Editors and Editors-
in-Chief are rewarded by the broad acceptance of The Handbook of Environmental
Chemistry by the scientific community, from whom suggestions for new topics to
the Editors-in-Chief are always very welcome.

Damia Barceld
Andrey G. Kostianoy
Editors-in-Chief



Volume Preface

The link between degrading air quality and adverse health outcomes is widely
recognised (Lim et al. 2012). Ambient particulate matter pollution ranks as number
11 to 14 as a risk factor accounting for total burden of disease across Western,
Central and Eastern Europe, while ambient ozone appears in positions 36 and 37 in
the same ranking. Irrespective of particle size, epidemiological studies have shown
a clear association between exposure to airborne pollutants and adverse cardiovas-
cular and respiratory health outcomes. Evidence also shows adverse effects of
short- and long-term exposure to gaseous pollutants, e.g. ozone, on all-cause,
cardiovascular and respiratory mortality. The urban environment plays a key role
in the occurrence of these health effects, given that it is in urban areas where the
largest fraction of the population in Europe is exposed to degraded and degrading
air quality.

Air quality is, however, an exceptionally broad subject, and it would be preten-
tious to aim to cover all of its aspects in one single book. Through its 16 chapters,
this book aims to provide an overview of air quality in urban environments in
Europe mainly from the point of view of the sources of atmospheric pollutants,
whether they may be natural or anthropogenic, primary or secondary, and whether
pollutants originate from local sources or are transported large distances across the
continent. In this context, in Part I authors have contributed with valuable chapters
dealing with emission sources such as biomass burning, vehicular traffic, industry
and agriculture, but also with African dust and long-range transport of pollutants
across the European regions. Assessments are based on measurements and exposure
modelling approaches. The impact of these emission sources and processes on
atmospheric particulate matter, ozone, NO, and volatile and semi-volatile organic
compounds is discussed. Based on air quality data, criteria for the identification of
critical areas for particulate matter and NO, in Europe are presented, followed by an
analysis of air quality management approaches. In Part II future perspectives are
presented, giving insights into potential upcoming air quality monitoring strategies
and metrics of interest such as nanoparticles and submicron particle size distribu-
tion data. The relevance of indoor and outdoor exposure scenarios is also high-
lighted.

Certainly a number of aspects are not covered by this overview, such as ultrafine
particle or secondary organic aerosol formation processes and their roles on air
quality degradation, urban-scale dispersion models for air quality modelling or the

xi



Xii Volume Preface

impact of air quality in regional background areas on pollutants in the urban
environment. In sum, while we hope this book covers major aspects influencing
air quality in urban areas, it also evidences the sheer size of this topic and the need
to push research forward in this direction.

This book is intended for a broad audience, from environmental specialists
working already in this field to newcomers who want to learn more about this
issue. I would like to thank all the authors for their time and efforts in preparing
their corresponding chapters, as well as my team leaders and I would also like to
thank my team leaders and my co-workers for creating a motivating work environ-
ment, which allowed this project to come to life.

Barcelona, Spain Mar Viana

Reference
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Their Sources



Critical Areas for Compliance with PM,,
and NO, Limit Values in Europe

C. Nagl, C. Ansorge, L. Moosmann, W. Spangl, and H. Wiesenberger

Abstract The Directive on ambient air quality and cleaner air for Europe (2008/
50/EC) requires compliance with limit values inter alia for PM;, and nitrogen
dioxide (NO,), to be achieved by Member States by 2005 and 2010, respectively.
Member States have been allowed to postpone compliance with these limit values
until 2011 and 2015, respectively, under certain conditions.

Within Europe there are several regions where compliance with these limit
values is expected to be very difficult even after the postponement period.

In this study criteria for the identification of such critical areas have been
developed, and the respective areas are described.

A subset of these areas has been selected and analysed in more detail. Critical
factors that hamper compliance in these selected areas have been identified. These
include adverse dispersion conditions, sheer size of agglomerations, emission
densities from traffic, industry, domestic heating, and deficiencies in air quality
assessment and management.

For the selected areas air quality management approaches have been analysed
and suggestions for suitable courses of action are made, based on these findings.

Keywords Air quality, Air quality directive, Air quality limit value, NO,, PM;q
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1 Introduction

According to the Directive on ambient air quality and cleaner air for Europe [1],
Member States may postpone attainment of the limit values for PM,, nitrogen
dioxide (NO,) and benzene under certain conditions. Since the Directive came
into force in June 2008, 22 Member States have notified the Commission about such
a postponement.

Within Europe there are several regions where compliance with these limit
values is deemed to be very difficult. In this study the following work has been
carried out to identify and analyse such areas:

¢ Development of a methodology to identify and rank the areas where complying
with the limit values might prove to be particularly challenging

e Compilation of information on air quality, emissions and other meteorological,
economic and demographic parameters in these areas

« Identification of critical areas and comparison with other comparable zones

» Compilation, evaluation and aggregation of air quality assessment, air quality
management and health impact information for critical areas

« Identification of potential actions addressing critical areas

2 Definition of Criticality and Non-criticality

Within this study critical areas are defined as areas within Europe where air quality
limit values have been exceeded to a large extent in recent years and are expected
to be exceeded in the future (i.e. the second decade of this century) as well.

The reasons for high pollution levels and persistent non-compliance can be
divided into natural (external) and anthropogenic reasons.
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Natural reasons cover

1. The topographic and climatic situation, which triggers (adverse) dispersion
conditions, atmospheric chemistry and the possible contribution of long-range
transport

2. Natural sources (deductible in the air quality assessment)

Anthropogenic reasons can be subdivided into

. Emissions
. The administrative, legal and political capacity for air quality management

N =

Air quality management covers both national as well as international
obligations. From the position of a single Member State, transboundary pollution
can be seen as an “external reason”. Transboundary pollution is tackled e.g. by
the NEC Directive [2] and the UNECE protocols. However, the implementation
of these obligations is also a national task.

Some emission categories are interlinked with climatic factors, e.g. emissions
from domestic heating, from winter sanding or salting of roads. Therefore, a strict
separation of natural and anthropogenic reasons is not possible.

Emissions are discussed with respect to (high) emission densities (related to area
or population), but also considered as a result of long-lasting policies and societal
developments.

Non-critical areas are those with partly similar conditions — e.g. adverse climatic
conditions, population density and emissions in previous time periods — but where
air quality problems have been dealt with successfully already or will be addressed
in the near future.

3 Datasets and Data Sources Used

In order to identify critical areas according to the methodology described below
different sources of information have been used.
These include:

e Datasets describing natural reasons for criticality:

Climatic conditions (natural)

Topography (natural)

Land cover (partly natural, partly anthropogenic)
Natural sources

o Datasets describing anthropogenic reasons for criticality:

— Emission data

— Population density

— Resulting pollutant levels (air quality and air quality trends)

— Transboundary contributions (“external” from the point of view of a
single MS)
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4 General Methodology

The following methodology was applied to identify critical areas (according to the
definition of critical areas within this project):

1. Pollution level: identification of zones and areas with levels above the limit
values for PM;y and NO, in 2007. Sources of information were the annual
reports submitted according to Commission Decision 2004/461/EC [3],
AirBase,' time extension notifications,” model calculations (e.g. EMEP3) and
reports from ETC/ACC.* Further, mostly qualitative information was derived
from Europe-wide modelling and earth observation studies.

2. Trends: identification of zones and areas with stagnant or increasing PM, NO,
and NO, levels. Sources of information were annual reports (2004/461/EC),
AirBase and time extension notifications. Separate analysis of the trends of
NOy and NO, levels helps to identify areas influenced by increasing primary
NO, emissions from diesel vehicles.

3. Investigation into the identification of possible indicators for “critical areas”,
relating to the reasons for measured concentrations:

» Topographic and climatic conditions

» Transboundary contributions, leading to increased regional background levels
» Emissions/emission densities

¢ Indicators of emission densities, e.g. population density

The indicators can be separated into those that cannot be influenced, such as climatic
conditions and topography, and those which can be influenced partly (transboundary
contributions, population density) or fully by the Member State (emissions, especially
of relevant sources such as traffic, domestic heating, industry). These indicators have
been visualised with the help of GIS and correlated with air quality indicators.

5 Analysis and Results

5.1 Correlation and Threshold Analysis

Table 1 gives an overview of the correlation between MACC” gridded annual mean
PM, levels and the parameters described above. No parameter shows a correlation

! http://www.eea.europa.eu/data-and-maps/data/airbase-the-european-air-quality-database-3.
2 http://ec.europa.eu/environment/air/quality/legislation/time_extensions.html.
3 http://www.emep.int/index.html.

4 European Topic Centre on Air and Climate Change, now ETC/ACM, European Topic Centre for
Air Pollution and Climate Change Mitigation.

3 Monitoring Atmospheric Composition and Climate, http://www.gmes-atmosphere.eu/.


http://www.eea.europa.eu/data-and-maps/data/airbase-the-european-air-quality-database-3
http://ec.europa.eu/environment/air/quality/legislation/time_extensions.html
http://www.emep.int/index.html
http://www.gmes-atmosphere.eu/

Critical Areas for Compliance with PM;, and NO, Limit Values in Europe 7

Table 1 Correlation coefficient between gridded PM,, annual mean values and other parameters

Correlation coefficient

PM,, 36th highest daily mean 0.99
Population density 0.25
Wind speed —0.19
Indicator for valleys* —0.01
Land use®: urban fabric 0.14
Land use®: traffic 0.33
Land use®: industry 0.12
NOj emissions high level sources 0.07
NO, emissions low level sources 0.16
NO, emissions traffic 0.28
NO, emissions total 0.15
PM,( emissions high level sources 0.07
PM,( emissions low level sources 0.15
PM, emissions traffic 0.26
PM;, emissions total 0.15
Classification®: lowlands —0.18
Classification®: mountains —0.11
Classification®: urban 0.13

“From the ASSET project (http://www.asset-eu.org/)

®Corine land cover (http://www.eea.europa.eu/data-and-maps/datat#c 1 2=corine+land+cover+version+13)
“Climate classification map by LANMAP (http://www.alterra.wur.nl/UK/research/Specialisation+Geo-
information/Projects/LANMAP2/)

coefficient above 0.5. A correlation coefficient of about 0.25 has been calculated
for traffic emissions and population density. A relatively high negative correlation
has been calculated for wind speed and percentage of lowlands. Nevertheless, these
rather low correlation coefficients do not allow a straightforward identification of
critical areas or of thresholds for certain parameters to discriminate between critical
and non-critical areas.

5.2 Selection of a Subset of Critical Areas for Further Analysis

The analysis of the datasets described above has shown that an unambiguous
identification of critical areas allowing for generalisation would require further
more sophisticated tools such as extensive air quality modelling with chemical
transport models and improved comparable datasets.

Nevertheless, the available data have allowed us to identify several areas where
air quality problems are rather severe for specific reasons, and exemplary areas with
problems of a more general nature.


http://www.asset-eu.org/
http://www.eea.europa.eu/data-and-maps/data#c12=corine+land+cover+version+13
http://www.eea.europa.eu/data-and-maps/data#c12=corine+land+cover+version+13
http://www.alterra.wur.nl/UK/research/Specialisation+Geo-information/Projects/LANMAP2/
http://www.alterra.wur.nl/UK/research/Specialisation+Geo-information/Projects/LANMAP2/
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A subset of these areas has been selected on the basis of various criteria, one of
which was the availability of information about air quality management.® The
subset included the following cities and regions, for which a more detailed analysis
was performed:

« Athens, Greece (pollutants concerned: PM;o, NO,)
» Kosice, Slovak Republic (PM;)

» Krakow, Southern Poland, Poland (PM;,, NO,)

¢ Lisbon, Portugal (PM;, NO,)

e London, United Kingdom (NO,)

e Milan, Po Valley, Italy (PM;(, NO,)

e Paris, France (PM,o, NO,)

¢ Sofia, Bulgaria (PM;o, NO,)

¢ Stuttgart, Germany (PM, NO,)

The city of Krakéw is considered representative of other cities in east central
Europe with high industrial emissions (such as Katowice, Ostrava). Similarly, in the
case of Milan, information will be given for the whole Po Valley if available.

To identify comparable non-critical areas, NO, and PM levels and the trend of
these pollutants were analysed in cities across the EU. Taking the criteria for non-
critical areas into account, Berlin was selected as a comparable non-critical area.’
Other cities or areas which fit the criteria for “non-critical areas” either have a
special emission structure (which eases abatement measures), or they are compara-
bly small, or largely comparable to Berlin with respect to their dispersion
conditions or modal split of traffic; in several cases the available information
about air quality assessment and management is not enough. Therefore, Berlin is
the only non-critical area which is discussed here in detail.

5.3 Information about Critical and Non-critical Areas

5.3.1 General Information

The area and population sizes of the selected areas are given for the metropolitan
area in most cases, as the city boundaries often denote a smaller area than that of the
conurbation (Table 2). The city with the largest population is London, followed by
Paris and Milan. About 42 million people are living in these selected critical areas
and about 3.4 million people in the non-critical area of Berlin.

©The latter criteria excluded southern Spain, as no air quality plans and time extension notification
were available at the time of writing.

7 Scandinavian cities have been excluded as the sparse air quality problems are mostly due to
winter sanding only. In addition, due the rather low background levels, these cities are not
comparable to central European cities.
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Table 2 Geographical data of selected areas (source: Wikipedia)

Critical
MS Name of city/area  pollutant Metropolitan area (km?) Population (metropolitan area)
BG Sofia PM;, NO, 1,310 1,400,000
DE Stuttgart PM;, NO, 207 600,000
DE Berlin PM,o 890 3,440,000
FR Paris PM;o, NO,  2,700%/14,500 11,700,000
GR Athens PM;o, NO, 2,900 3,680,000
IT Milan PM,p, NO, 2,370 7,500,000
PL Krakéw PM;o 326 750,000
PT Lisbon PM;p, NO, 958 2,800,000
SK Kosice PM,o 242 230,000
UK London NO, 1,707 12,300,000-13,945,000

#Urban area

Table 3 Wind speed data for critical and non-critical areas from time extension notifications,
WMO and MARS datasets in m/s

Additional information Notifications WMO MARS
Athens 1.4-3.3% 1.8 2.6
Berlin 2.6 4.5
Kosice 2.9 2.5
Krakéw 0.3-0.6° 1.2 2.9 2.7
Lisbon 2.3 39 33
London 4.04.4° 4.0
Milan 1.3 1.5
Paris 4.5
Sofia 1.2 1.2
Stuttgart 1.2-1.5 1.3 3.2

“Highest value in the outskirts of the city (email from 1 July 2010)
bhttp://213. 17.128.227/iseo/roczny_main.php
“London Heathrow, 2005-2009

5.3.2 Dispersion Conditions — Wind Speed

Average wind speed data is a readily available indicator for dispersion conditions.
Data are available from the notifications of time extensions for some areas, from the
WMO?® and MARS datasets’ of JRC'® and through additional information from the
Member States. From Table 3 it can be seen that the figures obtained with MARS
25 km x 25 km dataset are higher compared to the time extension data (except for
Kosice).

8 http://www.wmo.int/pages/index_en.html.
° http://mars.jrc.ec.europa.eu/mars.
1% http://ec.europa.eu/dgs/jrc/index.cfm.
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Table 4 Annual average PM, values from EMEP for the year 2005 and ETC/ACC [14], change
in PM, levels due to emission reductions (source: EMEP, ETC/ACC [4])

EMERP (regional Change in PM, regional ETC/ACC (urban
background level) (ug/m3) background levels (%) concentration) (ug/m3)

Athens 9 7 33-37

Berlin 9-10 7-8 22-23

Kosice 11 3 31

Krakow 13 9 49-50

S-Poland  10-17 2-10 27-48

Lisbon 12-13 11 29-35

London 9-11 8 24-27

Milan 20 13 45-46

N-Italy 6-20 1-13 2647

Paris 11-15 10-11 26-29

Sofia 7-8 5-7 33-59

Stuttgart 11-12 8-9 19-21

Comparably high wind speeds have been measured for Berlin, London and Paris,
whereas rather low values have been recorded in Krakow, Milan, Sofia and
Stuttgart, indicating adverse dispersion conditions for air pollutants.

5.3.3 National vs. Transboundary Contribution

For this analysis, model calculations provided by EMEP were used. As a rough
indicator for transboundary air pollution, Table 4 shows the impact on the concen-
tration within each area (average regional background concentrations calculated on
a 50 km x 50 km grid) when reducing emissions of PM and precursors by 15% in
the respective Member State. Thus a high impact corresponds to a high national
contribution (and thus to a low transboundary contribution).

A large national contribution as indicated by a relatively large change in regional
PM, levels due to a national reduction of emissions can be identified for Milan,
Paris, Lisbon and Stuttgart, whereas large transboundary contributions have been
calculated for Kosice."'

5.3.4 Natural Sources
A contribution to PM;, levels from natural sources in the selected critical areas

is claimed for Athens and Lisbon in the questionnaire submitted according to
Decision 2004/461/EC. For Athens, 22 up to 56 (out of up to 178) exceedance

"' The range of values in different areas also reflects the size of the regions. Whereas the area of
Kosice is covered by two EMEP grid cells, northern Italy comprises about 50 grid cells.
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Table 5 Population and area affected by exceedances of the limit values (source: notifications for
time extension)

Area exceeded (PM,;o/  Population affected

MS  City Critical pollutant ~ NO,) (km?) (PM;(/NO,)

BG  Sofia PM,o Unavailable Unavailable

DE  Stuttgart PM,y, NO, Unavailable/ 2,000/unavailable®
unavailable®

EL  Athens PM,, NO, 216/unavailable® 500,000/unavailable*

FR  Paris® PM,y, NO, 417/260 3,900,000/3,200,000

UK London NO, Unavailable Unavailable?

IT  Milan PM,, NO, 1,954/unavailable® 4,437,716/unavailable®

IT Northern Italy®  PM;g, NO, 91,000/unavailabled 25,900,000/unavailabled

PL Krakow PMi Unavailable 100,000

PT  Lisbon PM,o, NO, Unavailable ~ 36,000/unavailable®

SK  Kosice PM,o 295 ~ 240,000

DE Berlin® PM,o 450 190,000

“DRIRE [15], notification FR (Réf.04A00001-fiche récapitulative.doc)
"Data for 2002, Berlin [16]

“Data for northern Italy based on ETC/ACC maps

9No notification of time extension available at the time of writing

days could be attributed to natural sources in the year 2007, and in 2008 15 up to 67.
122 exceedance days remained after subtracting the natural contribution. For
Lisbon, the reason for 52 out of 149 exceedances in the year 2007 is claimed to
be natural sources, as well as for 22 out of 88 exceedance days in 2008.

For all other critical and comparable non-critical areas'? no contribution is
claimed to have come from natural sources.

5.3.5 Population and Area Affected in Selected Areas

Data on the population and area affected in selected areas are given in Table 5 as
stated in the notifications of time extensions.

While Table 5 shows officially reported data for both hot spots and urban
background areas, Table 6 shows the population affected by exceedances of
the daily mean PM;q limit value in the urban background of the critical areas.
These data were derived from the gridded ETC/ACC PM ;o maps. Berlin, Stuttgart,
London and Paris do not show exceedances on a 10 km x 10 km scale. The largest
number of people affected live in northern Italy and southern Poland.

12 For Kosice one exceedance was claimed to have been caused by the Ukraine in 2007.
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Table 6 Population affected g City Population affected
by exceedances of the PM;
daily mean limit values BG Sofia 1,261,000
(source: ETC/ACC [4]) EL Athens 3,605,000
1T Milan/northern Italy 2,730,000/25,943,000
PL Krakéw/S-Poland 808,000/8,410,000
PT Lisbon 351,000
SK Kosice 65,000
Table 7 PM, 5 urban PM, 5 urban increment
increment (source: IIASA [17])
Athens 14.6
Berlin 4.2
Kosice 11.5
Krakow 9.8
S-Poland 14.2
Lisboa 11.5
London 4.8
Milan 17.5
N-IT 17.5
Paris 11.9
Sofia 19
Stuttgart 1.7

5.3.6 Urban Increment

Table 7 shows the urban increment (difference between regional and urban back-
ground level for a given city) of PM, 5 for the critical and non-critical areas. Large
urban increments have been calculated for Sofia, Milan and northern Italy, Athens
and southern Poland. A large urban increment may indicate adverse dispersion
conditions and/or high local emission densities.

5.3.7 Emissions

Data relating to emissions are available from the MACC project'? and, for on some
areas, from the notifications of time extension. Table 8 shows PM;, emissions from
MACC categorised into low level sources,'* high level sources'” and traffic.
Among urban agglomerations, the highest total emissions have been calculated

13 http://www.gmes-atmosphere.eu/.

14 Source categories residential, commercial and other combustion, industrial processes, extraction
distribution of fossil fuels, solvent use, road transport, other mobile sources, waste treatment and
disposal, agriculture (SNAP 2, 4-10).

13 Source categories power generation and industrial combustion (SNAP 1 and 3).
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Table 8 PM, emissions in critical and non-critical areas as a sum for the whole area (in ¢. Source:
MACC)

City High level Low level Traffic Total
Athens 359 8,140 1,496 9,996

Berlin 320 3,003 575 3,898

Kosice 1,602 1,439 56 3,097
Krakow/S-PL, NE-CZ 1,277/13,725 2,527/32,916 249/2,921 4,054/49,562
Lisbon 960 4,889 1,141 6,990
London 911 7,484 3,144 11,539
Milan/N-IT 192/11,479 2,257/33,359 1,717/22,352 4,167/67,160
Paris 1,385 22,257 3,477 27,118

Sofia 1,793 6,898 236 8,927
Stuttgart 37 745 272 1,054

Table 9 NO, emissions in critical and non-critical areas on 10 km x 10 km (in z. Source: MACC)

City High level Low level Traffic Total

Athens 5,165 8,855 22,707 36,726

Berlin 6,118 6,039 6,620 18,777

Kosice 9,497 378 793 10,668
Krakow/S-PL, NE-CZ 10,599/91,468 1,297/21,322 2,315/33,954 14,210/146,744
Lisbon 17,552 6,679 14,121 38,352

London 20,369 34,031 40,048 94,448
Milan/N-IT 2,375/118,988  6,490/96,236  16,920/243,429  25,785/458,654
Paris 12,906 18,389 25,850 57,145

Sofia 4,855 1,423 5,719 11,996
Stuttgart 1,334 1,957 3,976 7,267

for Paris, followed by London and Athens. On a regional level, the highest
emissions, for areas examined as a whole, can be found in southern Poland. Rather
high emissions from high level sources occur in Kosice, Krakéw and Sofia.

NOy emissions from MACC are shown in Table 9. The highest emissions in
agglomerations can be found in London, Paris and Athens.

5.3.8 Air Quality in Selected Areas
PM;, NO, and NOy levels for the year 2009 are given in Table 10 and Fig. 1. For

PM,, the highest levels have been observed in Krakow, and for NO, in Athens,
London, Paris and Stuttgart.

5.3.9 Trends in PM;y, NO, and NOy in Selected Areas

Table 11 shows the trend in PM; annual mean levels for the years 2000-2009 at the
stations in each of the critical and non-critical areas with the highest levels and
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Table 10 Pollution levels in selected areas in 2009 (source: AirBase)

NO, NO, PM,,

Annual mean Annual mean Annual mean
MS City/area (ng/m>) (ug/m?) (ng/m?) # of exceedances
BG Sofia 5-58 7-171 20-65 1-161
FR Paris 27-96 Unavailable 25-59 16-222
EL Athens 11-91 19-279 2649 17-122
DE Stuttgart 34-112 60-174* 20-45 15-112
1T Milan 37-80 100-171 39-47 83-116
PL Krakow 26-70 Unavailable 54-61* 137-168
SK Kosice Unavailable Unavailable 51 168
PT Lisbon 25-70 32-153 2640 15-94
UK London 22-107 34-303 19-35 5-36
DE Berlin 13-63 16-149 21-39 7-73

“No data for station showing the highest values in previous years (highest PM( annual mean level
in Krakéw in 2008: 81 pg/m’, highest NO, level in Stuttgart in 2008: 343 pg/m®)
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Fig. 1 Minimum and maximum: number of exceedances of the PM;, daily mean limit value,
PM;y NO, and NO, annual mean values for 2009 (source: AirBase)

where data for at least 4 years are available. Figure 2 shows the mean annual change
for these cities. In Sofia and Krakéw a non-significant increase of more than
3 pg/m® per year has been observed. For the station in Sofia data between 2003
and 2008 are available, and for the station in Krakow between 1998 and 2008. In
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Table 11 PM;, annual mean trend statistics for the station with the highest level within the
agglomeration; PM, concentration in 2009 in pug/m® (Q: slope in pg/m? per year. Sign.: level of

significance. Source: AirBase, FMI [18])

MS City Station Station name PM;, Sign. 0

EL  Athens GRO035A Lykovrisi 43 0.05 —1.5
DE  Berlin DEBEO065 Friedrichshain—Frankfurter Allee 34 <0.1 -0.7
SK  Kosice SKO0O18A Velka Ida—Letna 51 <0.1 2.4
PL Krakow PLOO12A MpKrak6wWIOSAKra6117 81* <0.1 35
PT Lisbon PT03075 Avenida da Liberdade 39 0.001 =25
UK London GBO0682A London Marylebone Road 45% <0.1 0.2
1T Milan ITO770A Arese 41 <0.1 -0.7
FR  Paris’ FR04053 Bd Periph Auteuil 50 <0.1 -0.5
BG  Sofia BGO0052A Drujba 65 <0.1 3.8
DE  Stuttgart DEBWO099  Stuttgart-Mitte 26 0.1 -1.0

#2007 value
°PM,, levels used only until 2006 as correction model was changed in 2007 and 2008

o

1
—_

annual trend of PM,, levels in pg/m?

'
\S]

-3

Fig. 2 Trend in annual mean PM; levels at the station with the highest level within the city and
agglomeration

London, the station with the maximum levels shows a slight, non-significant
increase as well. For the other stations a decrease has been observed.

In Table 12 the same analysis for the station with the highest level is shown for
NO,; in Table 13 for NO,. For NO, an increase has been observed in Sofia,
Stuttgart, Paris, Lisbon, London and Berlin, whereas a decrease has been recorded
in Athens, Milan, Krakéw and KoSice.

Figure 3 shows a comparison of the range of trends at urban traffic sites in the
selected arecas. Whereas for most areas a decrease in NO, has been observed at all
sites, NO, values have increased in Berlin, Lisbon, London and Stuttgart. This is an
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Table 12 NO; annual mean trend statistics for the station with the highest level within the city
and agglomeration; NO, annual mean concentration in 2009 in pg/m? (Q: slope in pg/m> per year.
Sign.: level of significance. Source: AirBase, FMI [18])

MS City station Station name NO, Sign. ]

EL Athens GROO032A Patision 91 <0.1 -0.6
DE Berlin DEBE064 Neukolln-Karl-Marx-Str. 76 55 <0.1 0.8
SK Kosice SK0014A Kogice-Stirova 36° <0.1 -0.8
PL Krakéw PLO012A MpKrak6wWIOSAKra6117 70 <0.1 —0.2
PT Lisbon PT03075 Avenida da Liberdade 70 0.05 1.5
UK London GBO0682A London Marylebone Road 107 0.05 2.4
1T Milan ITO477A Milano-V. Le Marche 80 <0.1 -0.9
FR Paris FR04053 Bd Periph Auteuil 113* 0.01 1.7
BG Sofia BGO0054A AMS Orlov most 58 <0.1 1.7
DE Stuttgart DEBWO099 Stuttgart-Mitte 76 0.05 0.5

“Data for 2009 from www.airparif.fr

Table 13 NO, annual mean trend statistics for the station with the highest level within the city
and agglomeration; NO, annual mean level in 2009 in ug/m?® (Q: slope in pg/m? per year. Sign.:
level of significance. Source: AirBase, FMI [18])

MS City Station Station name NO, Sign. ]

GR Athens GRO032A Patision 279 >0.1 -0.5
DE Berlin DEBE064 Neukolln-Karl-Marx-Str. 76 135 0.01 2.5
PL Krakow PLOO12A MpKrakowWIOSAKra6117 203% 0.01* -7.2%
PT Lisbon PT03075 Avenida da Liberdade 153 >0.1 -1.0
UK  London GBO0682A London Marylebone Road 303 0.01° —6.5°
1T Milan 1TO477A Milano-V. Le Marche 171 0.01 —-104
DE Stuttgart DEBWO099 Stuttgart-Mitte 174 0.001 —8.1
42007 value

®Data from 1998 until 2011 from http://uk-air.defra.gov.uk

indication of the influence of primary NO, emissions from diesel passenger cars
and buses. For the other areas no data are available.

5.3.10 Population Weighted Exposure

As detailed and comparable information about health impacts in the critical areas is
not available for all areas, the population weighted exposure'® has been calculated
on the basis of gridded air quality and population data [4, 5]. The values obtained in
this way give a rough estimate of potential health effects (Table 14). The highest
levels have been calculated for Sofia, Krakéw and Milan, where the levels for the
annual mean are more than twice as high as in Berlin.

'® Average concentration per inhabitant.
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Fig.3 Comparison of the slope of the trend in NO, and NO, annual mean concentrations at urban
traffic sites (green: NOy, red: NO,. Source: AirBase, FMI [18])

Table 14 Population weighted exposure to annual mean and 36th highest daily mean levels in
urban and regional background areas in pg/m® (source: ETC/ACC [4])

PM,( annual mean PM;( 36th highest

City/area (ug/m3) daily mean® (ug/m3)
Athens 36 55

Berlin 22 37

Kosice 31 51

Lisbon 31 48

London® 26 39

Milan/N-IT 45/39 83/69

Paris 28 47

Krakéw/S-PL, NE-CZ 49/39 95/71

Sofia 56 96

Stuttgart 20 36

If above 50 pg/m?, more than 35 exceedances of the daily mean PM; limit value have occurred
According to re-notification of 7 May 2010 PM,, levels at this site are considerably lower
compared to those reported to AirBase, due to changes in the correction model [19]

6 Overview of Critical Factors

In the following the critical factors discussed in the chapters above are summarised.

6.1 Natural Factors

The natural factors cover dispersion conditions, which are influenced by climate
and (regional and local) topography, and natural PM; sources.
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Of the selected cities, the following cities have a continental or Mediterranean
climate, characterised by low wind speeds and frequent high-pressure situations:

¢ Athens
» Krakow
» Kosice
e Milan

¢ Sofia

The following cities have a more or less oceanic climate:

* Berlin

¢ Lisbon

¢ London

e Paris

o Stuttgart (transitional climate)

The following cities are severely affected by adverse dispersion conditions, due
to the local or regional topography of the surrounding area:

¢ Athens

» Kosice

* Sofia (basin between high mountains)

e Stuttgart (narrow basin)

e Milan (Po Valley surrounded by Alps and Apennines in N, W, S)

Natural sources (Sahara dust) contribute significantly to PM, levels in Lisbon, a
factor which can be considered (deducted) in the air quality assessment.

6.2 Anthropogenic Factors

Source apportionment data are provided in the notifications of time extensions.'’

The most important contribution to PM; levels on both the urban and local scale in
most cities originates from road traffic, and for NO, road traffic is the by far
predominant source. The highest contributions of road traffic to urban background
PM,, levels have been reported for Krakoéw (62%), Paris, Stuttgart, Berlin and
Lisbon (about 40-45%), although the figures do not seem to be completely compa-
rable (Table 15).

Significantly high industrial contributions (25-30% to urban background) affect
Krakéw and Milan, and Kosice (for which no appropriate source apportionment has
been provided).

Forest fires have been reported as a relevant PM,, source for Lisbon.

17 http://ec.europa.eu/environment/air/quality/legislation/time_extensions.html.
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Table 15 Summary table for critical factors

Dispersion conditions Share of private

climate Topography cars (modal split) AQ Plan
Athens Adverse (Mediterranecan) Adverse 65% 2001, 2005
Berlin 29% 2005
Kosice Adverse (continental) No data 2004, 2007, 2009
Krakow  Adverse (continental) 27% 2006, 2009
Lisbon 40% 2006
London 41% 2003, 2010
Milan Adverse (Mediterranean) Very adverse 47% 2001, 2007
Paris 44% 2000, 2009
Sofia Adverse (continental) Very adverse No plausible data 2004/2005, incomplete
Stuttgart Adverse 45% 2005, 2010

The data on the modal split of urban traffic do not seem to be completely
comparable (e.g. not all the data cover pedestrian traffic). However, significantly
high shares of private cars have been reported for Athens, Paris, Stuttgart, Milan
and London (40-50%). Distinctly low shares of private cars have been reported for
Krakéw and Berlin (about 30%).

A semi-external critical factor is the total size of an agglomeration, which
causes high urban background concentrations and is related to a high amount
of urban traffic. This is a critical factor which applies especially to Paris and
London.

The reasons for the non-attainment of the PM; limit values were also stated in
the notifications of time extensions. In most cases, it was stated that non-attainment
by 2005 could be attributed inter alia to a delay in the implementation of measures,
or certain measures leading to a lower level of emission reductions than expected.
An increase in road traffic is stated as a reason for non-attainment especially in
eastern European countries. An increase of primary NO, emissions due to an
increasing share of diesel vehicles has been reported e.g. by France, Germany,
Italy and UK.

In all cities, most measures are targeted at road traffic. In Krakéw the most
effective measures concern domestic heating, and in Kosice industrial facilities.

6.3 Qualitative Estimate of Critical Factors

A “qualitative” summary of the critical factors for the cities discussed above is
given in Table 16.

The comparably low pollution levels in Berlin — the “non-critical area” in this
comparison — is due to favourable dispersion conditions (flat terrain and moderate
oceanic climate), comparably low emissions from industry and domestic heating,
low emission densities and effective air quality management.
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Table 16 Summary of critical factors

Difficulties in AQ
Dispersion  Size of Traffic Industrial and/or management/missing
conditions  agglomeration emissions domestic emissions data®

Athens + + ++ +

Berlin + +

Kosice + ++ +
Krakow + + ++ +
Lisbon +

London F ++

Milan ++ + ++ +

Paris ++ ++ +

Sofia ++ + ++
Stuttgart + ++

“For example emission data, traffic data, modelling

7 Possible Courses of Action for Critical Areas

In the analysis presented above, critical factors have been identified. This knowl-
edge about critical factors and the experience gained from air quality management
in the selected areas is used to propose possible courses of action for dealing with
air quality issues in critical areas.

7.1 Suggestions for Guidance Documents and Further Support

7.1.1 Air Quality Assessment

Air quality assessment is undertaken with different levels of detail in the Member
States. There are also indications that assessment is incomplete in some zones. The
analysis of non-critical areas has shown that for some cities only information about
urban background stations is available and that the data in AirBase are different
from other datasets. Whereas compliance is achieved in urban background areas,
exceedances might occur at hotspot sites, which may remain undetected if no
further assessments are undertaken. Therefore guidance documents and further
support, e.g. via dedicated workshops, might be helpful.

7.1.2 Emission Data, Traffic Analysis, Modal Split, etc.

Data necessary to analyse the contributions from different sources, and to define
indicators to prove the effects of measures, are missing or incomplete in some cities
and areas. In order to support the relevant authorities, a (guidance) document should
be developed which should cover the following aspects:
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» Best practice examples
e List of contact points for inquiries
¢ Minimum requirements for data quality and availability

7.1.3 Modelling for Source Apportionment

For some cities and areas no detailed source apportionment was available. As with
the datasets described above, which are important input parameters for source
apportionment, a guidance document or further support might be helpful.

In order to support the relevant authorities, a (guidance) document should be
developed which should cover the following aspects:

» Best practice examples

» List of contact points for inquiries

¢ Minimum requirements for data quality and availability
¢ Requirements for the outputs of the analysis

7.1.4 Implementation of Measures

Usually, numerous measures are — in principle — available to reduce air pollution
and to achieve compliance with limit values. However, there are often barriers,
even to implementing cost-effective measures.

In order to facilitate effective communication between the Commission and the
Member States authorities, standardised materials and formats should be devel-
oped. These should include:

e Checklists for possible measures
e Checklists or implementation status of measures

7.1.5 Administrative and Financial Deficiencies

Deficiencies in the development of the above-mentioned datasets and in the imple-
mentation of measures might be due to administrative and/or financial deficiencies,
especially in the course of the economic crisis in recent years. Possible ways to
overcome these hurdles depend on the specific situation in the concerned Member
States. Suitable approaches might be to encourage transnational projects so as to
exchange best practice examples and to support institution building such as projects
under the South East Europe Transnational Cooperation Programme,'® the Central

'8 http://www.southeast-europe.net/.
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Europe Operational Programme,'® the MED programme for Mediterranean
countries® or the Operational Programme for Southwest Europe.?'

7.2 Suggestions for Specific Action in Critical Areas
and on EU Level

7.2.1 Athens, Greece

Compared to other cities, the modal split of Athens shows a rather high share of
private vehicles. Freight transport is also mostly done by road traffic. Even though a
ban on private diesel vehicles has been in place since 1992, emissions from traffic
are of major importance. The measures proposed in the notification of time
extensions and the air quality plan for Athens address the main sources and
are aimed at improving public transport. Hence, if these measures are far-reaching
enough, if they cover a substantial part of the relevant sources and are implemented
in an effective way, a substantial decrease of the pollutant levels can be expected.

7.2.2 Kosice (Industrial Region), Slovakia

The main source of PM; in Kosice is the U.S. Steel company. Within this facility
the blast furnace and coke production are most important.

An assessment of the reduction potential is not possible on a detailed level,
since only aggregated emission data are available. Further measures should be
planned — but more detailed information about specific processes, fugitive
emissions and existing de-dusting facilities would be necessary.

7.2.3 Krakow, Poland

The main sources of PM,( in Krakéw (and also in southern Poland) are domestic
heating, industry and road traffic; for NO; it is road traffic.

The replacement of solid fuels for domestic heating by gas or district heating is
considered the most effective measure to reduce residential emissions.

Traffic emissions in the city centre can be effectively dealt with by an “environ-
mental zone” or low emission zone, including improvements in public transport.

19 http://www.central2013.eu/.
20 http://www.programmemed.eu/index.php?id=5175&L=1.
2! http://www.interreg-sudoe.org/castellano/index.asp.
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Compliance of all industrial facilities with IPPC and LCP requirements should
be fostered and scrutinised. Measures going beyond “best available technology”
should also be encouraged.

7.2.4 Lisbon, Portugal

The main sources are road traffic and natural sources. Various high impact
measures such as a low emission zone and the renewal of the public transport
fleet are foreseen in Lisbon [6]. Further measures might be implemented to reduce
the share of diesel vehicles, and to increase the share of bicycles.

7.2.5 London, United Kingdom

Traffic is the dominant source on the urban and local level. For PM;q, small
contributions from industry, as well as from the off-road and commercial
and residential sectors, were identified. Several high impact measures such as a
congestion charge, a low emission zone and the renewal of the public transport fleet
have already been implemented.

The updated Mayor’s air quality strategy addresses various measures which are
proposed in the strategy and should be implemented in the near future [7]. This
includes inter alia “no-idling zones”, more efficient freight movements, promotion
of smarter travel, lane rental schemes for construction work in congested roads,
supporting the uptake of low emission and electric vehicles, hybrid buses for public
transport, renewal of the taxi fleet and enforced implementation of best practice
guidance for construction sites.

7.2.6 Milan Agglomeration/Northern Italy, Italy

The main sources in Milan, of both PM, and NO,, are traffic (amounting to about
half of the contribution), other mobile sources and non-industrial combustion.
A large number of measures have been implemented according to the air quality
plan [8]. Due to the high share of private car traffic for trips between Milan and
the Metropolitan area, improvements of public transport and further restrictions
for vehicles entering the city may prove to be effective.

7.2.7 Paris, France

The main sources in Paris, based on the emission inventory, are traffic as well as the
commercial and residential sectors and industry. At a large number of monitoring
sites, traffic is the dominant local source. Various high impact measures have
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already been implemented. Examples are traffic restrictions during pollution
episodes, improvements of public transport and reductions of industrial emissions.

The measures already implemented cover the most important source categories.
With the experience gained from other critical areas, it may be beneficial to expand
the existing measures for reducing the share of diesel vehicles and to implement
further traffic restrictions and pedestrian zones, to stimulate the early uptake
of Euro 6/VI vehicles and to apply measures for construction sites and off-road
machinery.

7.2.8 Sofia, Bulgaria

The main sources of PM;, in Sofia, according to the air quality plan and the
notifications of time extensions, are traffic and industry.

Suggestions for concrete measures are hampered by the lack of precise data on
the share of different sources. Nevertheless it can be stated that the use of private
cars has strongly increased in recent years, the share of bicycles is rather low
and the vehicle fleet is aged. Therefore, as a first step, datasets should be improved
with respect to emissions, the share of different sources and activity data (especially
private cars and buses as well as industry and domestic heating). Based on these
data, actions should be implemented to address the main source categories.

7.2.9 Stuttgart, Germany

According to the source apportionment, the main source for PM; and NO, on a local
level is traffic. A low emission zone has been introduced, and heavy duty vehicles
have been banned from the city. Further action might be taken to tighten the
requirements for the low emission zone, stimulating the early uptake of Euro 6/VI
vehicles and introducing measures to increase the share of non-motorised traffic.

7.3 Action on EU Level

7.3.1 Traffic Measures

For compliance with NO, limit values, low real-world emissions in urban areas
(of Euro 5/V and especially Euro 6/VI vehicles) will be very important. Recent
findings have shown that emissions of HDVs equipped with SCR might be higher
than expected under urban driving conditions [9]. Therefore it has to be ensured
that emission levels are low under real-world conditions. As regulations concerning
general vehicle standards require extensive negotiations, voluntary agreements
and guidance for the public procurement of these vehicles might be a more feasible
option.
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Another EU strategy, also targeted at lowering traffic emissions, is to accelerate
the introduction of alternative transmission concepts by establishing homologation
standards, e.g. for electric vehicles, research and development funding, as well as
setting up public procurement guidance (see below).

The EU green car initiative is targeted at the encouragement of all road transport
stakeholders to move towards more sustainable transport, mainly by funding
industry research and development.

7.3.2 Public Procurement

Green Public Procurement (GPP) is defined in the Communication (COM [10],
400) “Public procurement for a better environment” as “[...] a process whereby
public authorities seek to procure goods, services and works with a reduced
environmental impact throughout their life cycle [...]”. Since public authorities
are major consumers in Europe and green public procurement is also targeted
at vehicle fleets, public authorities should also provide industry with real incentives
for developing green technologies and products that offer environmental benefits.
GPP is a voluntary instrument, which means that individual Member States
and public authorities can determine the extent to which they implement it
themselves.

7.3.3 Counterproductive Community Measures for Traffic

Besides the critical measures mentioned above, it has to be kept in mind that other
community activities have counterproductive effects on air quality. The European
Single Market has fostered growth of mobility, with side effects. The objective of
the Trans-European Transport Networks (TEN-T??) is to make traffic efficient and
safe, but it has been shown that they bring about additional traffic with negative
ecological consequences.

Liberalisation of rail networks may lead to a decrease of public transport offers
in more remote areas and to an increase in car traffic.

The liberalisation of air traffic leads to increased air traffic volumes, with effects
on the air quality in areas around airports.

7.3.4 Measures for Off-Road Machinery incl. Ships

Europe-wide emission standards for off-road machinery are laid down in Directive
97/68/EC and Directive 2004/26/EC. Due to the introduction of more challenging

22 Planned set of transport networks designed to serve entire Europe, see http://tentea.ec.europa.eu/.


http://tentea.ec.europa.eu/

26 C. Nagl et al.

emission standards for vehicles, emissions from off-road machinery will become
more important. This is especially true for construction machinery, and also for
other means of off-road transport. In ports ships can contribute to PM;, and NO,
levels considerably. As this machinery often has a long lifetime, stringent emission
limit values are rather important.

In the foreseen revision of Directive 2004/26/EC stringent emission limit values
should be foreseen that are more in line with those for heavy duty vehicles than the
previous ones.

In addition, regular inspections should be foreseen.

For ships, the foreseen revision of Directive 2005/33/EC amending Directive
1999/32/EC should include stringent regulations for the sulphur content in marine
fuels for certain areas. Furthermore, limits for NO, and PM emissions should be
imposed, which are possible due to recent IMO amendments of MARPOL Annex
VI. Also, Emission Control Areas should be enlarged to the extent possible. PM and
NOy emissions of existing ships should be addressed e.g. via an emission trading
scheme.

7.3.5 Measures for Domestic Heating

For PM,, emissions from domestic heating the ecodesign requirements for heating
and water heating equipment are of great importance. Stringent emission limit
values for PM;q from heating appliances should be foreseen in these ecodesign
requirements for all domestic heating facilities.

In addition, the establishment of a suitable type of framework directive should be
considered, regulating the periodical inspection of small combustion facilities EU-
wide and, in case of emission limit value exceedances or for old facilities (e.g.
PM;,, NO,, CO, etc.), stipulating the obligation to maintain, renovate or replace an
insufficient heating system.

The Energy Performance for Buildings Directive [11] foresees inspections of
boilers with respect to boiler efficiency and boiler sizing. These inspection
requirements could be extended to include air pollutants.

Binding targets for energy efficiency and sanctioning mechanisms should also be
foreseen.

7.3.6 Measures for Industrial Sources

In some areas industrial sources are of importance as well. A rigid adherence to
Directives regulating industrial facilities such as the IPPC and LCP Directives is
therefore of great importance.

In some countries a national emission reduction plan according to Article 4 (4) of
the LCP Directive [12] has been implemented instead of applying emission limit
values for individual installations. High local concentrations at specific sites might
therefore occur. As laid down in Article 10 of the IPPC Directive [13], stricter
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conditions beyond BAT may be introduced to comply with environmental quality
standards. The implementation of this Article could be scrutinised on a European
level.

7.3.7 Revision of the NEC Directive

A revised NEC Directive, which includes emission ceilings for PM, s, is of utmost
importance in order to prepare the path for emission reductions up to 2020 and to
achieve various environmental objectives. It will also contribute to attaining the
PM;, and NO, limit values. It will furthermore be an important input for the
foreseen revision of the Gothenburg Protocol, designed to also reduce
transboundary pollution from countries outside the EU. Therefore a proposal for
a revised NEC Directive should be published as soon as possible. The emission
ceilings included therein should be ambitious so as to facilitate the attainment of air
quality limit values.

8 Conclusions

Critical areas are defined as areas where compliance with limit values, in particular
for PM,o and NO,, is difficult for various reasons.

This study has shown that basic available data such as levels of air pollution
(including background levels), trends of air pollution and population (size of cities,
population density) are suitable indicators to characterise most critical areas. It has
been investigated if certain additional factors known to influence air quality show a
correlation with air pollution levels and are therefore appropriate proxy data to
identify such areas.

However, no clear pattern has emerged that allows a clear discrimination
between critical and non-critical areas.

Besides high background concentrations — partly originating from transboundary
pollution — a number of different sources exist for PM;, which require specific
action. Nevertheless, traffic is a dominant local source in most areas. For NO,
traffic is the only predominant source. NO, levels have often remained on a high
level in recent years, which points to the non-delivery of Euro standards for diesel
vehicles and increasing primary NO, emissions.

This study has shown that various critical areas across Europe share similar
problems and that it is therefore helpful to look at factors influencing air quality on a
European scale, and to share knowledge on specific factors across different areas.
However, some gaps have been identified, especially with respect to the

« Completeness of air quality assessments throughout the territory of all Member
States

« Completeness and quality of datasets on activities and emissions

* Documentation of the status and success of measures
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Even though a number of high impact measures have been implemented suc-

cessfully, some critical areas are far from complying with the limit values. Gener-
ally speaking, there is no single measure with which compliance can be achieved.
For the critical areas which have been analysed in this study further measures have
been suggested. On a European level, special attention should be paid to a reduction
of real-world driving cycle and vehicle emissions.
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Abstract Road transport is the largest contributor to NO, emissions in the EU.
This chapter discusses NO, formation mechanisms, control strategies, trends in
emissions and possible future developments. Control strategies include vehicle
emission legislation, engine design, exhaust after-treatment, modification of fuel
properties, alternative fuels and new powertrain technologies. Calculations show
that NO, emissions from the sector decreased substantially between 1990 and 2010.
Such calculations are based on the assumption that the systematic tightening of
emission limits has been effective. However, there is evidence that modern diesel
vehicles are not delivering the expected reductions in emissions during real-world
driving. Moreover, diesel vehicles emit more NO, than petrol vehicles (with a
larger proportion of “primary” NO,), and their market share has increased in many
countries. These factors partly explain the observation that ambient NO,
concentrations continue to exceed health-based limits in urban areas. Up to 2020
there is a need for a more effective regulation of emissions, and the chapter
proposes several measures that can be taken. Beyond 2020 emissions of NO,
from the sector will depend on the market penetration of low-carbon technologies.
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1 Introduction

For many years the presence of nitric oxide (NO) and nitrogen dioxide (NO,) in the
atmosphere has been a cause for concern on account of both the scale of anthropo-
genic emissions of these compounds and their impacts on health and the environ-
ment. There are various atmospheric reactions which cycle NO and NO,, and it is
therefore convenient to think of the two compounds as a group. By convention the
sum total of oxides of nitrogen (i.e. NO + NO,) is termed NO, and is expressed as
NO, mass equivalents.

The compound of more interest in relation to local air quality and human health
is NO,. It is an irritant and oxidant gas which has been linked to a range of adverse
health effects, including cancer, although it is possible that NO, may be acting as an
indicator of other traffic-related carcinogens. The most consistent association has
been found with respiratory outcomes [1, 2]. NO, is also a precursor for a number of
harmful secondary air pollutants, such as nitric acid, the nitrate part of secondary
inorganic aerosols and photo-oxidants including ozone. In addition, NO, absorbs
visible solar radiation, thus contributing to impaired atmospheric visibility.

NOy emissions are implicated in phenomena such as acidification and eutrophi-
cation, with their subsequent impacts on the biodiversity of habitats, as well as
radiative forcing of climate through the formation of nitrate aerosol and tropo-
spheric ozone, and impacts on the carbon cycle [3].

Because of these adverse effects of NO, compounds on both human health and
the natural environment, several regulatory steps have been introduced to control
NO, emissions from different sources and to limit ambient NO, concentrations.

Nitrogen oxides are primarily produced when nitrogen and oxygen combine at
high temperatures and pressures. Such conditions are reached in internal combustion
engines (ICEs). Consequently, motorised transport modes — and in particular road
vehicles — are major contributors to overall NO, emissions. This chapter deals with
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the formation and control of NO, emissions from road transport, explains historical
trends in emissions from the sector and discusses possible future developments.

2 Evolution of NO, Emissions to date

It can be seen from Fig. 1 that NO, emissions in the European Union (EU-27)
decreased by more than 40% between 1990 and 2010, although total final energy
demand grew by almost 10% during the same period [4]. Emissions were reduced in
almost all countries, and notably in the larger countries (Germany, UK, Italy,
France and Poland) with the exception of Spain, where total NO, emissions
increased between 1990 and 2005. The general decreases resulted from progres-
sively stringent emission controls across all sectors, a restructuring of the power
supply, and an overall increase in energy efficiency.

Figure 2 shows sectoral NO, emissions in the EU-27 countries in 2008 based on
submissions to the UNECE Convention on Long-Range Transboundary Air Pollu-
tion (CLRTAP). Almost all of the oxides of nitrogen emitted to air were from
combustion sources, and road transport was the single largest contributor (41%) [5].
In urban areas the emissions from road transport are proportionally higher, and the
local impacts are exacerbated, due to the density of the road network, the volume of
traffic, the close proximity of the population to the emission source, and the larger
distances to other relevant sources.

Legislation and strategies to reduce exhaust emissions from road vehicles have
been in place since the early 1970s. Calculations have established that emissions of



34 P.G. Boulter et al.

NOXx Commercial,
institutional and

Non-road households |ndustrial

transport 14% processes
7% 2%
Agriculture
2%

Total = 10.4 million tonnes

Fig. 2 Sectoral emissions in the EU-27 in 2008 [5]

most regulated pollutants (including NOy) from road transport in the EU peaked in
the early 1990s [6]. NO, emissions from road vehicles decreased by 45% between
1990 and 2010, while the volumes of passenger transport (in passenger-km) and
freight transport (in tonne-km) increased by more than 40% and 80%, respectively
(see Fig. 3). This effective decoupling of transport activity from NO, emissions
was achieved through the interplay between legislation and technology. Notably,
the mandatory use of the three-way catalytic converter (often referred to as a
“three-way catalyst” — TWC) in 1992 reduced emissions from petrol passenger
cars rapidly and substantially. With some delay, emission-reduction measures for
heavy-duty vehicles also became effective. These two vehicle categories together
contribute around 80-90% of all road transport NO, emissions. However, the
reduction in NOy emissions in Europe has slowed down in recent years due to
increasing numbers of diesel cars in the fleet. The emission characteristics of
diesel vehicles pose a challenge to any emission-reduction target, as will be
explained below.
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3 NO, Emissions from Road Vehicles

3.1 Formation Mechanisms

Almost all road vehicles are powered by ICEs. The only notable exceptions include
vehicles powered by electricity drawn from an external grid (e.g. trolley buses),
from on-board batteries (e.g. electric cars) or, possibly in the future, from fuel cells.

In an ICE energy is derived from the burning of fuel in air, with the main
oxidation products being CO, and water vapour. However, some of the nitrogen
in the combustion air is also oxidised, leading mainly to the formation of NO.
NO formation is favoured by high temperatures and pressures found in the com-
bustion chamber, as well as lean (i.e. oxygen rich) fuelling conditions.

NO formation proceeds via two main mechanisms known as ‘“thermal”
(or Zel’dovich) and “prompt” [8], with the former being responsible for more
than 90% of emissions [9]. “Fuel NO” may also be formed from nitrogen chemi-
cally bound in fuels. However, for road vehicles this is responsible for only a small
proportion of total NO due to the negligible nitrogen content of fuels.

The thermal mechanism is shown in reactions (1), (2) and (3) [10]:

N, + 0O — NO + N (1)

N+0O, = NO+O @)
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N+OH — NO+H 3)

Reaction (1) is the rate-determining step, influencing the amount of NO which
is formed, and is highly dependent on combustion temperature due to the high
activation energy of the reaction (320 kJ/mol). Increasing the temperature from
1,200°C to 2,000°C increases the rate of this reaction by a factor of 10,000 [11].

The prompt-NO mechanism forms NO earlier in the flame than the thermal
mechanism and is initiated by reaction (4) [12]. Both N and HCN react rapidly
with oxidant to form NO in the flame:

CH 4+ N, — HCN + N 4)

Whilst NO is the dominant NO, species formed during engine combustion,
significant amounts of NO, can also be produced under certain conditions. The
NO, which is emitted directly from vehicle exhaust is commonly referred to as
“primary NO,”. As will be seen later, the amount of NO, emitted from the tailpipe
is dependent upon the type of exhaust after-treatment used.

3.2 Emission-Control Technologies

Various engine and after-treatment technologies have been developed for
controlling emissions. These technologies, which are summarised below, are often
used in combination to ensure compliance with increasingly stringent legislation.
For this reason emission-control systems have become increasingly complex and
expensive. Whilst after-treatment technologies are generally fitted during manufac-
ture, retrofitting to older vehicles is also a common pollution-reduction strategy
[e.g. in low-emission zones (LEZs)].

3.2.1 Control of Combustion

The quantity of NO formed in a petrol engine or diesel engine depends on the
combustion parameters and, to a certain extent, can be controlled by adjustment of
the engine operation. For example, NO formation may be limited by retarding the
spark timing in petrol engines and the fuel injection in diesel engines [8].

For diesel vehicles reductions in “engine-out” NO, emissions are harder to
achieve, mainly due to the high combustion temperatures and oxygen-rich opera-
tional regime of the engine. Moreover, the effects of engine adjustments are limited
due to a trade-off between NOx and particulate matter (PM); combustion-related
measures which aim to reduce emissions of one pollutant (e.g. NOy) lead to an
increase in emissions of the other (PM), and vice versa. Engine calibration is
usually determined by the need to balance emissions of the two pollutants and to
maximise fuel efficiency. Alternatively, emissions of either NO, or PM can be
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reduced via engine calibration, with the other pollutant being controlled using an
after-treatment device.

A relatively recent development has been the gasoline direct injection (GDI)
engine, in which fuel injection takes place in the cylinder. This allows better control
of the combustion process. Early (1990s) GDI engines operated using the lean-burn
principle over their complete range, in which proportionally more air is fed in the
cylinder [13]. Such engines benefited from better fuel consumption but the oxygen
abundance led to higher NO, emissions. Exhaust aftertreatment was therefore needed
to bring NO, emissions within the legislative limits [14]. Modern GDI engines can
switch between lean-burn (stratified) and stoichiometric combustion depending on
the operational mode to achieve low emissions and high fuel efficiency.

3.2.2 Exhaust Gas Recirculation

Exhaust gas recirculation (EGR) is a NO,-reduction technology which has been
used in both petrol and diesel engines for some years (since the mid-1990s in the
case of the latter). It works by redirecting a portion of the engine exhaust gas back
into the combustion chamber where it is mixed with the fresh fuel-air mixture. The
EGR gases act as a diluent, thereby lowering the peak flame temperature and hence
the rate of NO formation. Increasing the amount of gas recirculated reduces the rate
of NO formation. However, it also reduces the combustion rate, making stable
combustion more difficult to achieve [15].

In petrol engines the “internal” EGR concept is often implemented. This
involves adjusting the exhaust valve timing so that some of the combusted gas is
trapped in the cylinder [16]. This residual gas acts as a diluent for the next
combustion cycle, hence lowering the combustion temperature. Internal EGR can
only reduce NO, slightly, because no more than 5-10% of the exhaust gas can be
trapped without significantly affecting combustion.

In modern diesel engines the reduction in NO, emissions required by legislation
cannot normally be achieved using internal EGR alone. In this case an “external”
EGR loop is the preferred option, whereby some of the exhaust gas is fed back into
the cylinder by means of a pump, again reducing the combustion temperature. This
EGR configuration has the advantage of higher EGR rates (up to 40-50%) and the
possibility of adjusting the quantity of exhaust gas recirculated independently of the
valve timing. It also permits the introduction of a heat exchanger between the outlet
and inlet pipes (the so-called “intercooler”). This decreases the temperature of the
recirculated gas — and hence the combustion temperature — even further. On the
other hand, external EGR increases the complexity, size and cost of the system.

3.2.3 Three-Way Catalytic Converter

The TWC has been mandatory on all new petrol cars and vans sold in Europe since
the introduction of the Euro 1 emission standard in 1992 and has proved to be a very
robust technology for reducing emissions of NO,, carbon monoxide (CO) and
hydrocarbons (HC) (hence the name “three-way”).
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The TWC is a flow-through device consisting of a ceramic or metal substrate
which is coated with an active catalytic layer of precious metals, such as platinum
(Pt), palladium (Pd) and rhodium (Rh). The first two oxidise CO and HC, and Rh is
used to reduce NOy to nitrogen. High conversion efficiencies for both reduction and
oxidation of pollutants in a TWC can be only achieved through stoichiometric
combustion (i.e. maintaining the air-to-fuel ratio at the minimum necessary for
complete combustion). A shortage of air (rich fuelling conditions) would make
oxidation impossible, whilst air excess (lean fuelling conditions) would inhibit
the reduction mechanism. Stoichiometry is maintained by means of closed-loop
control, in which the oxygen concentration in the exhaust gas is measured using
a so-called “lambda” sensor. The information from the sensor is fed to the engine
control unit, and the fuel injection system is adjusted to correct the air-to-fuel ratio.
The closed-loop system operates on the basis of fast correction algorithms which
achieve oxygen adjustment in real time. Conversion efficiencies in excess of 90%
can be achieved with a properly functioning closed-loop TWC.

3.2.4 Diesel Oxidation Catalyst

Whilst NO, emissions from petrol vehicles can be controlled by catalytic reduction,
this is not very effective under the oxygen-rich conditions of diesel combustion.
A diesel oxidation catalyst (DOC) is similar to a TWC in terms of structure and
configuration but is only capable of oxidation. As the exhaust gases pass through
the catalyst CO, unburnt HC and volatile PM are oxidised. The conversion effi-
ciency is a function of cell size, reactive surface, catalyst load and catalyst temper-
ature, although emissions of CO and HC are typically reduced with an efficiency of
more that 95%.

DOCs offer no NOy-reduction capability but can lead to a conversion of NO
to NO, in the tailpipe, thereby resulting in an increase in primary NO, emissions.
The extent of the conversion depends on the catalyst specification and the exhaust
gas temperature. Typical NO,/NOy ratios range from ~10% for diesel vehicles
without oxidation after-treatment to more than 50% for DOC- or DPF-equipped
vehicles [17].

3.2.5 Selective Catalytic Reduction

Selective catalytic reduction (SCR) is currently the main technology for enabling
diesel vehicles to comply with the latest NO, emission standards. SCR systems
became standard in Euro V heavy-duty vehicles (launched in Oct. 2010), and their
use is gradually being extended to light-duty vehicles. The method involves the
introduction of ammonia (NHj3) into the exhaust stream to chemically reduce NO,
to nitrogen. Typically, an aqueous solution of urea (CO(NH,),) is used as the
reagent, with the ammonia being generated via thermolysis. The urea is fed into
the system in defined doses upstream of the SCR catalyst. An oxidation catalyst
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downstream of the SCR catalyst may be used to eliminate the possibility
of “ammonia slip”. The following equations describe the different reactions in
these systems:

CO (NH;), — NH; 4+ HNCO (thermolysis of urea) Q)
HNCO + H,O — NHj3 + CO, (hydrolysis) (6)
NO + NO; + 2NH3 — 2N, + 3H,0 (reduction) 7

Typical SCR systems may achieve on-road NO, conversion efficiencies of
60-70% [18]. However, the thermolysis of urea is an endothermic reaction that is
favoured at high temperatures; SCR is inefficient at temperatures below around
200°C [19]. Hence, NO, emissions from SCR-equipped vehicles can often increase
during urban driving where traffic conditions result in low exhaust temperatures
[20]. Supplementary systems, such as EGR, are required to maintain acceptable
emission-control performance under such conditions.

3.2.6 Lean NO, Trap

A lean NOy trap (LNT) (or NO, adsorber) is similar to a three-way catalyst.
However, part of the catalyst contains some sorbent components which can store
NO,. Unlike catalysts, which involve continuous conversion, a trap stores NO and
(primarily) NO, under lean exhaust conditions and releases and catalytically
reduces them to nitrogen under rich conditions. The shift from lean to rich combus-
tion, and vice versa, is achieved by a dedicated fuel control strategy. Typical
sorbents include barium and rare earth metals (e.g. yttrium). An LNT does not
require a separate reagent (urea) for NO, reduction and hence has an advantage
over SCR. However, the urea infrastructure has now developed in Europe and USA,
and SCR has become the system of choice for diesel vehicles because of its easier
control and better long-term performance compared with LNT. NO, adsorbers
have, however, found application in GDI engines where lower NO-reduction
efficiencies are required, and the switch between the lean and rich modes for
regeneration is easier to achieve.

3.2.7 Diesel Particulate Filter

Diesel particle filters are a very efficient means of reducing PM mass emissions
from diesel vehicles, but do not directly target NO. However, most diesel particu-
late filter (DPF) systems contain catalytic materials which assist in the DPF “regen-
eration” (the combustion of PM accumulated on the filter to clean the DPF and
prevent blockage). Such catalytic materials can have a similar impact to DOCs
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Fig. 4 NOy emission factors for a Euro 5 diesel passenger car [23]

(i.e. the conversion of NO to NO, as exhaust gas flows through the filter). In some
systems the NO oxidation is intentional, as NO, has been shown to be an effective
agent for oxidising PM [21]. Again, the conversion results in higher primary NO,
emissions and may be one of the reasons for the observed increase in the NO,/NO,
ratio in ambient air at roadside locations in cities (e.g. [22]).

3.3 Factors Affecting On-Road NO, Emissions

The main technological factors which influence on-road exhaust emissions are the
vehicle type (e.g. passenger car, heavy goods vehicle), the fuel type (e.g. petrol,
diesel) and the vehicle technology. The latter usually refers to either a specific type
of engine or exhaust after-treatment or, more generally, compliance with a particular
emission standard. Other considerations include the age and condition of a vehicle’s
engine and exhaust after-treatment system. High emission rates are often a result of
component ageing, component failure, or generally poor maintenance.

Important operational factors include vehicle weight, road gradient, vehicle load
and the use of auxiliary equipment such as air conditioning, the thermal state of the
engine and exhaust emission-control system, and the way in which a vehicle is
driven (e.g. speed, or the so-called “dynamics” of driving).

Much attention has focussed on driving behaviour, as this has a large impact on
the emission level. Whilst “calm” and steady-speed driving reduces pollutant
emissions, transient operation and frequent speed changes have the opposite effect.
Such differences in vehicle operation account for part of the (high) variability of
real-world vehicle emissions. For example, NO, emissions from a single vehicle
can vary by more than an order of magnitude, depending on the driver behaviour.
Figure 4 shows a typical graph of emission factors (in g/km) for a Euro 5 diesel
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passenger car, plotted as a function of mean travelling speed. Road vehicle emission
models in Europe, such as COPERT, HBEFA and VERSIT+, take driving dynamics
into account to predict emission factors [24].

4 Reducing NO, Emissions from Road Transport

Various technical and non-technical measures have been introduced by different
authorities to reduce air pollution from road transport, and these can be grouped
according to two general philosophies: “prevention” and “mitigation”. Prevention
measures are designed to reduce or eliminate emissions at the source, whereas
mitigation measures are designed to remove pollutants which have already been
emitted, to convert them to more benign compounds, or to modify their dispersion.
As this chapter is concerned with emissions, the emphasis here is on prevention
rather than mitigation. Mitigation measures typically involve the use of physical
barriers, vegetation or some form of air treatment, and further information is
available from the literature (e.g. [25-28]).

Some examples of prevention (i.e. emission-reduction) measures are described
in the following paragraphs. It is worth noting that an important tool is air quality
legislation, but this does not fall conveniently into the prevention or mitigation
categories. Although air quality legislation acts as a driver for the development of
pollution-reduction policies and technologies, and can thus be considered as “pre-
vention”, compliance with the legislation (and the need for further action) can only
be determined from historical data. Moreover, air quality legislation does not
specifically target road transport.

4.1 Vehicle and Engine Type Approval

The primary tool for combating air pollution from road transport is vehicle emission
legislation. In the EU emission tests are required for the type approval of all new
passenger car and light-duty vehicle models, and for the engines used in heavy-duty
vehicles. Emission limits have been applied to vehicles and engines at the type
approval stage since the early 1970s. The exhaust pollutants which are regulated are
CO, HC, NOy, PM, and, recently, particle number (PN). Whilst emissions of NO,
from vehicle exhaust are regulated at type approval, NO, emissions per se are not.
The limits have been reduced in stages since they were first introduced (through
progressive “Euro” standards), and changes have been made to the test methods to
make them more realistic and effective. Emission-control technologies have devel-
oped accordingly.

For cars and light-duty vehicles the current and future test procedures and limit
values have been consolidated in the Euro 5 and Euro 6 legislation [Regulation
(EC) No. 692/2008]. In the exhaust emission test a production vehicle is placed on a
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power-absorbing chassis dynamometer. The driver must follow a driving cycle and
the vehicle’s emissions are collected and analysed. Emissions are measured over
the New European Driving Cycle (NEDC), which is composed of low-speed
“urban” segments and one high-speed “extra-urban” segment. The vehicle exhaust
gases are diluted with filtered air to prevent condensation or reactions between the
exhaust gas components. In addition to the regulated pollutants, carbon dioxide is
measured to allow fuel consumption to be calculated using the carbon balance
method. For diesel vehicles up to and including Euro 4, PM was collected sepa-
rately from the other pollutants on a filter. For Euro 5 and Euro 6 vehicles, PM mass
and PN are measured using a new procedure. The PN limit is designed to prevent
the possibility of the PM mass limit being met using technologies that would enable
a high number of ultrafine particles (<0.1 um diameter) to be emitted. The emission
limits are stated in grammes of pollutant (or number of particles) per kilometre. The
NO, and PM limits for cars are shown in Table 1, with the dates shown
corresponding to new models. The EC Directives also specify a second date —
usually 1 year later — which applies to first registration of existing, previously type-
approved vehicle models.

The emission standards for heavy-duty vehicles apply to all vehicles with a
maximum laden mass of more than 3,500 kg. The responsibility for compliance is
borne by the engine manufacturer, and it is therefore the engine that is subject to
type approval. The engine is operated on a test bed, with the exhaust emission limits
being expressed in g/kWh (Table 2). The legislation is consolidated in the Euro
V/VI standards [Regulation (EC) No. 595/2009]. In addition to introducing more
stringent emission limits, the Euro V/VI regulation includes a concentration limit of
10 ppm for ammonia (NH3), which can be emitted due to the use of additive-based
control systems. A particle number limit is also planned in addition to the mass-
based limit, and a maximum limit for the NO, component of NO, emissions may
also be defined.

The type approval of the engine rather than the complete vehicle introduces
difficulties for current and future heavy-duty vehicles, as they are equipped with
advanced after-treatment systems. In such cases the complete engine, after-
treatment system and electronic control system have to be set-up in the laboratory
for type approval to take place. To avoid this complication, type approval of the
complete vehicle at the Euro VI level can be performed on the road using portable
emission measurement systems (PEMS). Regulation 582/2011 specifies the techni-
cal details of the measurement.

The type approval regulations also lay down rules for in-service conformity,
durability of pollution-control devices, on-board diagnostic (OBD) systems, mea-
surement of fuel consumption, and accessibility of vehicle repair and maintenance
information.

Emissions from in-use vehicles are controlled by legislation relating to periodic
technical inspection (PTI) (Directives 2009/40/EC and 2010/48/EC). Here, compli-
ance is the responsibility of the vehicle owner and, given the number of vehicles on
the road, PTI tests are by necessity much simpler, shorter and cheaper than type
approval tests. However, at present the PTI legislation does not cover NO, or PM



43

The Evolution and Control of NO, Emissions from Road Transport in Europe

3Jep 2ANORKR 9 oIng woiy sxedk ¢ Isay urynm wyed o1 X 9,
Kuo uonoafur 10om(,

60°110C U0 pappy,
ampaoold juawamseaw JNd Sursn wy/3 S0 0,

o0l X 9 50070 - 900 01 X9 +S00°0 80°0 LTO  60%10C 9 omg
- +¢500°0 - 900 ;01 X9 S00°0 81°0 €70 60°600C ¢ omyg
- - - 80°0 - §T0°0 §T0 0£0  10°S00C  omg
- - - ST°0 - 0500 0$°0 95°0  10°000C ¢ omyg
- - - - - 010 - 60 109661 1A T omyg
- - 0S°0 - - 80°0 - L0 109661 1l g omyg
- - L60 - - v1°0 - L60  LO'TO6T [ omg
(/) Nd  (Wy/S) INd ~ (uy/3) *ON + DH  (uWy/8) *ON  (uny/#) Nd  (Wwy/3) INd  (wy/8) *ON  (ury/3) *ON + DH areq SHIN
Tonog [esa1q

anyeA Jwry

s1ed> woij N pue *ON Joj sywif [eaoidde odA1, T s|qe],



44 P.G. Boulter et al.

Table 2 Type approval limits for NO,, PM and smoke from heavy-duty engines

Limit value®

Stage Date NO;, (g/kWh) PM (g/kWh) Smoke (m™ )
Euro I 1992 8.0 0.612° -
Euro II 1996.10 7.0 0.25/0.15°¢ —
Euro III 1999.10¢ 2.0 0.02 0.15
2000.10 5.0 0.10° 0.8
Euro IV 2005.10 35 0.02 0.5
Euro V 2008.10 2.0 0.02 0.5
Euro VI 2013.01 0.4 0.01 -

“European Stationary Cycle. Smoke is measured over European Load Response test
°0.36 g/km for engines >85 kW

“New limit introduced in October 1998

9For “enhanced environmentally friendly vehicles” (EEVs) only

°0.13 g/km for smaller low-speed engines

mass emissions, largely because of the difficulties associated with measuring these
pollutants in a simple, low-cost test.

4.2 Emission-Control Technology

As a result of the type approval legislation manufacturers have been required to
develop increasingly effective emission-control technologies, and these were
described earlier in this chapter. Table 3 provides an overview of the different
devices which are typically required for light-duty diesel vehicles in each Euro
category. In modern vehicles various elements are used in combination, and these
have different effects on the properties and composition of the exhaust gas.

The two major steps for diesel cars were the introduction of oxidation catalysts at
the Euro 2 level and the effective mandatory introduction of DPFs at the Euro 5
level. For NOy, EGR has been the main tool to control emissions up to Euro 5. SCR
systems for light-duty vehicles are starting to appear for passenger cars at the Euro 6
level.

In the case of petrol light-duty vehicles the strict control of combustion, together
with improvements in TWC efficiency, has proven sufficient for compliance with
the emission limits up to Euro 6.

The technology for controlling emissions from heavy-duty vehicles has, until
recently, focussed on in-cylinder measures such as direct injection (DI) and high-
pressure injection (HPI, >150 MPa). However, at current and future emission levels
SCR has become the NO, emission-control technology of choice, whilst DPFs will
effectively become mandatory at the Euro VI level (Table 4).

In addition to engine optimisation measures, Euro V NOy control has been
achieved by implementation of two alternative configurations — either the use of
EGR or the use of SCR. Ligterink et al. [20] described the different performance of
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Table 3 Typical exhaust after-treatment for diesel light-duty vehicles

Emission standard Emission control

Stage Date EGR DOC DPF SCR*
Euro 1 and earlier - - - -
Euro 2 1996 ) g - -
Euro 3 2000 g g ) -
Euro 4 2005 e e ) -
Euro 5 2009 g g g -
Euro 6 2014 g g g W)

Brackets correspond to application to some vehicles of the particular emission standard only
“SCR or NO, trap

Table 4 Typical exhaust after-treatment for diesel heavy-duty trucks

Emission standard Emission control

Stage Date DI* HPI® EGR® DOC* DPF SCR
Pre-Euro 1 - - - - -

Euro I 1993 g - - - -

Euro II 1996 g g - - -

Euro IIT 2000 g V* - ) -

Euro IV 2005 g g W) W) - W)
Euro V 2009 g g W) g - W)
Euro VI 2014 g g g I’d g g

Brackets correspond to application to some vehicles of the particular emission standard only
“Direct injection

High-pressure injection

“EGR and DOCs were used in buses earlier than stated in the table, and in some cases as early as
the Euro I stage

the two systems in terms of NOy control efficiency as a function of exhaust
temperature. Figure 5 shows an example of the emission behaviour of vehicles
equipped with the two systems. EGR performs much better at low speeds, whereas
SCR becomes more efficient at high speeds as exhaust gas temperature increases.
The actual performance of the two systems in real-world terms will depend on the
operational patterns of vehicles, such as the frequency of use in urban or highway
situations.

4.3 Fuel Quality and Alternative Fuels

Engine and vehicle technologies normally achieve their best emissions perfor-
mance with high quality fuels. One property on which a great deal of attention
has focussed is the sulphur content, partly because of the need to reduce PM and
SO, emissions and partly because fuel sulphur has an adverse effect on certain types
of engine and exhaust after-treatment technology. In Europe the controls on fuel
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Fig. 5 NO, emission factors for Euro V trucks equipped with SCR and EGR systems. The
example refers to articulated trucks in the 34—40 t gross vehicle weight range. Source: COPERT
[29], original data derived from Hausberger et al. [30]

sulphur content have been tightened in a stepwise fashion, and in the latest step
Directive 2003/17/EC required a full transition to “sulphur-free” petrol and diesel
(having less than 10 ppm of sulphur) by 2009. This should enable advanced
technologies — such as lean-burn engines, particle traps and regenerative NO,
storage systems — to meet stringent exhaust emission limits.

In an effort to tackle climate change, biofuels such as fatty-acid methyl esters
(FAME or biodiesel), paraffinic fuels from biomass-to-liquid procedures (BTL) or
hydrotreated vegetable oil (HVO) and bioethanol have also been introduced into the
energy mix, mostly in blends with conventional fuels. Current European regulations
(Directive 2009/30/EC) permit up to 10% vol. and 7% vol. bioethanol and biodiesel
mixing in fossil fuels, respectively. Higher bioethanol blends (up to 85%) require
dedicated vehicle technology (so-called “flexi-fuel” vehicles) due to the need to
adjust combustion parameters to the new oxygenated fuel and to use materials that
can withstand the corrosive character of ethanol.

The impacts of biofuels on NO, emissions are variable, and depend heavily on
vehicle technology, operational conditions, blending ratio and biodiesel feedstock.
On average, low biodiesel blends (up to 10%) do not affect NO, emissions, or lead
to a slight increase (less than 5%), but they do reduce PM emissions [31-33].
Effects at the individual vehicle level may be higher [34]. All these studies propose
several possible explanations for the biodiesel impact on emissions, including the
effects of higher density and viscosity, and lower compressibility and heating value,
on fuel metering. Biodiesel also contains more oxygenated molecules than fossil
diesel, which may also affect the combustion chemistry. It has been shown that
HVO fuels can lead to reductions in both NO, (~10%) and PM (~30%) due to their
100% paraffinic composition, and the absence of aromatics and other trace elements
[35]. However, due to the unique character of these fuels (high cetane number, low
density) engine recalibration may be needed to maximise their benefits [36].
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The effects of bioethanol use on NO, emissions are not consistent between
different vehicles and studies. Larsen et al. [37] provided an overview of available
studies, and concluded that bioethanol use can lead to either increases or decreases
in NO, emissions during tests, depending on the experimental conditions. This is
consistent with the non-linear behaviour of the emission-control system in petrol
vehicles, where the smallest deviations from stoichiometry greatly affect NO,
emissions. Leaner mixtures lead to an increase in NO, emissions, and richer
mixtures lead to a decrease in NO, emissions. This erratic behaviour suggests
that any direct fuel effects are masked by the ability of the fuelling system to
maintain stoichiometry when changing from petrol to bioethanol blends in the
different vehicles tested.

4.4 New Powertrain Technologies

Several new powertrain technologies are currently reaching niche markets in
Europe. These include vehicles that use electricity for propulsion, either neat
(such as battery-electric vehicles) or in combination with ICEs (such as hybrid or
plug-in hybrid systems). These technologies are designed to reduce fuel consump-
tion and greenhouse gas emissions, although they also offer significant benefits in
terms of air pollutant reduction. For example, Fontaras et al. [38] showed that
emissions of NO, (and other pollutants) from two hybrid cars were distinctly lower
than emissions from conventional vehicles complying with the same emission
standards. The benefit comes as a result of the much more efficient use of the
ICE. In the case of a battery-electric vehicle air pollutant emissions at the point of
use are zero; pollutants are only emitted during electricity production, and depend
on the energy mix used in each country. Assuming that power generation occurs
away from urban areas, electric vehicles offer the potential for significant air quality
improvements in city centres, but may also increase pollution over wider areas [39].

4.5 Eco-Driving

“Eco-driving” has been widely publicised as a means of reducing the fuel consump-
tion and emissions of road vehicles. It is aimed at both private motorists and fleet
operators, and typically involves either a simple set of rules to be followed or a
programme of training. The advice or training varies considerably in terms
of the level of detail, but it generally features a number of common actions,
including keeping the tyres at the correct pressure, reducing the vehicle weight,
avoiding sharp acceleration and heavy braking, driving in the highest gear, and
avoiding unnecessary engine idling. Average overall reductions in fuel consump-
tion of around 5-10% are typically reported for eco-driving. However, it should
be noted that some adverse effects of eco-driving have been observed, such as
an increase in NO, emissions from diesel cars during urban driving [40].
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4.6 Traffic Management

Numerous forms of traffic management offer the possibility of reducing emissions
from road vehicles. Local restrictions to the access and/or circulation of traffic have
been introduced in many cities. Such restrictions can take a range of forms,
including tolls, congestion charges, alternate number plate schemes and weight
restrictions. Cities which have implemented these types of scheme include London,
Stockholm, Athens, Budapest and Prague. LEZs are one of the more effective types
of restriction. Entry to a LEZ is usually conditional on a vehicle meeting specified
standards. These standards can be set in various different ways, but are typically
based on emission legislation, the use of specific exhaust after-treatment (e.g. DPF),
or vehicle age.

The potential benefits of such measures can be illustrated by reference to a trial
road charging scheme introduced in Stockholm city centre in 2006. It was estimated
that the scheme resulted in a 15% reduction in total road use within the charging
zone. Emissions of NOy and PM; from road traffic in the zone fell by 8.5% and
13%, respectively [41].

Various technologies and concepts involving the use of information and com-
munication technology (ICT) and intelligent transport systems (ITS) are currently
under development. Such systems include dynamic on-trip routing, “green” rout-
ing, adaptive traffic control with vehicle-to-infrastructure communication, and
others. The main aims are to optimise traffic conditions and maximise mean travel
speed, which are both likely to reduce fuel consumption and CO, emissions.
However, emissions of regulated pollutants, including NO,, may also be affected
(e.g. [42]). The actual impacts of these technologies will depend on their real-world
implementation and penetration.

S Future Evolution of Emissions and Remaining Challenges

In order to protect health and the environment, vehicle exhaust emission standards
will continue to be tightened in the EU, and increasing numbers of vehicles will be
fitted with the latest exhaust emission-control technologies. By 2020 about one
quarter of the total mileage in EU-27 is likely to be covered by cars and trucks
certified to Euro 5/V, and more than half by vehicles certified to Euro 6/VI,
according to scenarios examined in the LIFE + ECAMACS project (Www.
ecdmacs.eu).

If the latest technologies are effective under real-world driving conditions, then a
reduction in NO, emissions of almost 60% over the period 2010-2020 is projected.
However, there is evidence that Euro 5 diesel cars are not delivering the expected
reductions in NO, emissions during real-world driving (see discussion below). The
future emission reduction therefore crucially depends on the performance and rate
of introduction of Euro 6/VI technologies. So far, only a few tests on prototype Euro
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Fig. 6 Projection of NO, emissions from road vehicles in Europe (EU-27). Together with
a business-as-usual scenario, a trend scenario up to 2030 — in which Euro 5 and Euro 6 emission
limits do not reduce car NO, emissions during real-world driving below the Euro 4 level — has been
included (Euro 5/6 failure line). Source: Amann et al. [44]

6 technologies equipped with SCR have been conducted [43]. The vehicles
achieved high overall NO,-reduction efficiencies, even over real-world driving
cycles. However, these results were based on a non-representative sample of pre-
production vehicles. If the Euro 6 emission controls for diesel passenger cars also
prove to be ineffective (for example, due to poor SCR performance at low-speed
conditions — as noted earlier for heavy-duty vehicles), then the actual overall
reductions may not even reach 40%. Such a failure scenario is shown in Fig. 6.

The emphasis on real-world driving follows on from evidence suggesting that
diesel vehicles, and in particular Euro 5 cars, have failed to deliver the expected
NO, reductions. Hausberger [45] showed that Euro 5 diesel cars may have similar
emissions to Euro 3 cars. The same study showed that none of the Euro 2 to Euro 4
emission steps actually delivered the expected emission reductions. Hence,
although the NO, emission limit for a Euro 5 car is around 5 times lower than
that for a Euro 1 car, Hausberger [45] showed that over real-world conditions the
former may actually emit more than the latter. This unexpected behaviour is
confirmed by PEMS tests performed by Kousoulidou et al. [23]. The discrepancy
between type approval and real-world emissions arises from the selective
optimisation of vehicle emissions over the type approval test. When vehicles
operate outside the rather limited range of conditions at type approval, emissions
can be largely uncontrolled. This has led to significant implications for the total
NOy emissions reported by European countries [46].
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For these reasons, during the last 20 years NO, emissions have decreased less
than would have been expected given the systematic tightening of the emission
limits. A direct implication of this is that NO, concentrations still frequently exceed
health-based limits in many urban areas. According to the European Environment
Agency, in 2004 more than 20% of the European urban population were exposed
to ambient NO, concentrations above the annual mean limit value of 40 pg/m? [47].
Furthermore, NO, concentrations at many monitoring sites are not decreasing
[15,47,48]. Although NO, is only a fraction of the total NO, emitted from vehicles,
analyses have indicated that a significant proportion of ambient NO, is actually
primary exhaust from vehicles, and that the road traffic contribution to ambient
NO, has increased in recent years [22, 49-52]. Two contributing factors have
been cited:

1. Diesel vehicles emit more NO, than petrol vehicles, and with a larger proportion
of primary NO,. In parallel, the market share of diesel vehicles has increased in
many European countries. For example, the share of first registrations of diesel
passenger cars in Finland increased from 17% in 2005 to 52% in 2008 [53].

2. The average proportion of primary NO, in diesel exhaust is increasing
with changes in technology. This appears to be linked to the growth in the use
of specific after-treatment technologies in modern diesel vehicles which involve
in situ generation of NO,, such as catalytically regenerative DPFs and DOCs
[22, 45].

This increase in primary NO, emissions is compounded by atmospheric
processes; background concentrations of ozone are also increasing [54], which
increases the amount of atmospheric NO converted to NO,.

It is clear that effectively addressing the NOy emission problem involves not
only more stringent emission limits over the current type approval procedure,
but also a more effective regulatory policy as a whole. Measures that can be
taken include:

¢ A revised type approval procedure that introduces a more realistic driving cycle
covering a wider area of engine operation.

¢ The selection of random engine modes during type approval emission testing,
and ensuring that emission limits are not exceeded (the “not-to-exceed” limit
approach).

» The direct regulation of NO, emissions, independently of NO,.

» Revised and advanced in-use compliance testing/inspection and maintenance
schemes, involving OBD checks to control emissions over the lifetime of the
vehicle.

¢ Extension of PEMS-based regulation in all vehicle categories, so as to effec-
tively measure emissions in the field.

Several of these items are already being discussed within the UNECE working
group on a Worldwide Harmonized Light vehicle Test Procedure.

Beyond the 2020-2030 horizon, reductions in NO, will depend heavily on more
effective regulations and actions, as well as the rate of introduction of low-carbon
technologies such as electric and hydrogen vehicles. Vehicles operating on
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concepts other than ICEs have the potential for zero emissions at the point of use.
However, the wide penetration of such technologies is expected to continue to be
hindered by performance issues, such as limited operational range and drivability
concerns. For these reasons, but also due to the relatively high cost, hybrid and
electric vehicles are still considered a niche market despite the relatively wide range
of models offered. Overcoming technological and infrastructural barriers remains
a key future challenge for the wider penetration of such vehicles into the fleet.
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Air Pollution by Ozone Across Europe

Richard G. Derwent and Anne-Gunn Hjellbrekke

Abstract Episodic peak ozone levels in rural areas have been declining during the
last three decades due to regional pollution emission controls applied to the VOC
and NO, emissions from petrol-engined motor vehicles. Long-term downwards
trends have been observed at many long-running rural monitoring stations in
the EMEP ozone monitoring network. Downwards trends appear to be more
pronounced at those stations where initial episodic peak levels were highest and
insignificant at those stations where initial levels were lowest. This behaviour has
been interpreted as resulting from the combined effect of regional pollution controls
and increasing hemispheric ozone levels. Hemispheric ozone levels have been
steadily rising in the northern hemisphere because of growing man-made emissions
of tropospheric ozone precursors. Episodic ozone levels in major European towns
and cities are rising towards the levels found in the rural areas surrounding them, as
exhaust gas catalysts fitted to petrol-engined motor vehicles reduce the scavenging
of ozone by chemical reaction with emitted nitric oxide.

Keywords Hemispheric background, Long-term trends, NO, and VOCs, Ozone,
Photochemical ozone formation, Regional pollution controls
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1 Introduction to Ozone Air Quality Across Europe

The first reported observations of elevated ozone levels in a European population
centre date back over 40 years to July 1972 in London when hourly ozone levels in
excess of 110 ppb were recorded [1]. Shortly after this, elevated ozone levels were
widely reported throughout northwest Europe during summertime anticyclonic
conditions [2]. It soon emerged that a characteristic of these episodes was a rather
uniform spatial distribution of elevated ozone levels over a large area of northwest
Europe. Observations of elevated ozone levels at Adrigole, Ireland on the western
seaboard of Europe confirmed the importance of the long-range transboundary
formation and transport of elevated ozone levels [3].

Over the several decades since these early observations, understanding has
grown enormously as a result of the establishment of coordinated ozone monitoring
networks, field campaigns and atmospheric chemistry studies. The elevated ozone
levels have been shown to be caused by sunlight-driven photochemical ozone
formation reactions involving oxides of nitrogen (NO,) and organic compounds
(VOCs) emitted largely from man-made sources. Observations have demonstrated
that long-range transboundary formation and transport is an important aspect of
these regional-scale episodes. The expansion of air quality monitoring networks
into central and Eastern Europe and into the Mediterranean basin has shown that
elevated ozone levels are a feature of much of the European continent in most
summers [4].

In addition to the occurrence of elevated ozone levels during the summer
months, there are a number of common features that almost all ozone monitoring
datasets exhibit. Ozone is invariably present on every day of the year at each
monitoring station. That is to say, there is a clearly observable “background”
level and levels below this “background” level are relatively rarely observed.
This “background” level is generally found to lie between 20 and 40 ppb across
much of Europe. It arises from transport from the stratosphere and photochemical
ozone formation throughout the troposphere [5]. Figure 1 illustrates the continental
source attribution of the ozone observed during each day of 2008 at the rural
European Monitoring and Evaluation Programme (EMEP) monitoring station
GB0049R at Weybourne on the north Norfolk coast of eastern England. There
are substantial contributions to the ozone from intercontinental transport from
North America and Asia and from transport from the stratosphere. These
contributions demonstrate the importance of hemispheric scale ozone formation
and transport. The evidence is that “background” levels of ozone at the surface have
been rising in air masses advected across the North Atlantic Ocean and arriving at
the remote EMEP monitoring station IE 0031R at Mace Head on the west coast of
Ireland [6] over the last few decades.
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Fig. 1 Continental source attribution of the ozone observed on each day of 2008 at the EMEP
rural monitoring station GB0049R at Weybourne on the North Norfolk coast of eastern England
using ozone labelling techniques in a global and a regional photochemical model. Key: regional
refers to the ozone advected directly over the local- and regional-scales to the location; North
America to that formed over that continent and over the North Atlantic and east Pacific; Asia to
that formed over that continent and over the western Pacific; Europe-interc to that advected
intercontinentally around latitude circles and back into Europe; Tropical to that from the southern
hemisphere and tropics

A further feature of the ozone monitoring network observations has been
that ozone levels are always higher outside of urban areas than inside [7]. This
occurrence has been explained by the presence of motor vehicular sources of
NOx= NO + NO; in towns and cities. Nitric oxide NO reacts rapidly with ozone
to produce NO,:

NO+O3 :NOZ +023

leaving ozone levels in urban areas severely depleted relative to those in the rural
areas surrounding them.

Policy-makers are concerned about the public health impacts associated with
elevated ozone levels because ozone has long been recognised as an aggressive and
irritating air pollutant [8]. The World Health Organization (WHO) has set a guide-
line level of 50 ppb as a daily maximum 8-h average mean as a target for air quality
policy actions [9]. Policy-makers have recognised that such a guideline is regularly
exceeded across much of Europe in most years, and they have taken steps with the
goal of ultimately bringing ozone level below internationally accepted guidelines.
In this chapter, the annual maximum recorded 8-h average ozone level is the chosen
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metric as recommended by WHO for the assessment and evaluation of ozone
monitoring data.

It was accepted at an early stage that the problems associated with the occurrence of
elevated ozone levels require concerted international action [10]. This is because
elevated levels are widespread across Europe and impact on almost all European
countries. Furthermore, efficient long-range transboundary formation and transport
means that countries benefit not only from the results of their own policy actions but
also those of their neighbouring countries. Policy actions to reduce episodic peak
ozone levels were first coordinated through the United Nations Economic
Commission for Europe (UNECE) and its international Convention on Long-Range
Transboundary Air Pollution (CLRTAP). Initially, the CLRTAP focused on
man-made NO, emissions through its NO, Protocol [11]. Then the focus shifted to
VOC emissions through the VOC Protocol [12]. The agreed reductions in man-made
NOy and VOC emissions were delivered by a series of mandatory motor vehicle
emissions Directives promulgated by the Commission of the European Communities
[13]. Subsequently, the CLRTAP agreed its multi-pollutant multi-effect Gothenburg
Protocol with the aim of reducing simultaneously acid rain, ground-level ozone
formation and eutrophication [14]. The Commission of the European Communities
formulated its National Emissions Ceilings [15] and Solvent Emissions [16]
Directives to control emissions of NO, and VOCs from stationary sources. Subse-
quently, the European Union (EU) has brought all of its air quality policy formulation
activities together under its Clean Air for Europe Thematic Strategy [17].

In this chapter, the impact of these policy actions on elevated episodic peak
ozone levels is assessed over the 1980-2009 period. The annual maximum 8-h
average ozone level is the chosen air quality metric, and the focus is mainly on rural
and remote monitoring stations as recorded in the EMEP ozone database.

2 Spatial Distribution of Episodic Peak Ozone Levels
Across Europe

Over recent years, several annual reviews of European ozone data have been
compiled, and these give an authoritative assessment of the state of European
ozone air quality. The Chemical Coordination Centre of EMEP publishes an annual
digest of the rural ozone monitoring data [18], based on the EMEP ozone monitoring
network. The European Topic Centre on Air and Climate Change of the European
Environment Agency also publishes summaries [19] of the AIRBASE database
which holds ozone monitoring data for a wide range of urban and rural ozone
monitoring stations. There is a degree of overlap between the EMEP and AIRBASE
ozone databases in that they both contain largely the same reported rural ozone
monitoring data.

In this chapter, focus is given to the EMEP ozone monitoring network which began
collecting rural ozone monitoring data in the 1980s as a continuation of the OXIDATE
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project [20] of the Organization for Economic Cooperation and Development
(OECD). The vast majority of the rural ozone observations have been made using
the UV absorption method. Details of the calibration and maintenance procedures,
siting criteria and site locations are given elsewhere [18, 21]. Data capture is generally
good, above 90%, but missing data can be critical in air quality assessment studies.
Station data have therefore not been analysed for those years where data capture
was below 75%. Ozone levels have been characterised here using, as a metric,
the maximum 8-h average ozone mean concentration recorded during each year.
Non-overlapping 8-h running mean concentrations have been calculated for each
hour of the year for each monitoring station. If there are more than two missing
hours during any 8-h period, then that 8-h mean was rejected. On this basis, the EMEP
annual 8-h ozone maximum database contains 2,291 station-year entries covering 178
separate stations over the 1980-2009 period. All of the stations are classified as rural
or remote stations and as such have minimal influence from local sources of pollution.
This is a particularly important characteristic of a station’s location because of the
dramatic influence that local motor vehicular traffic sources of NO, can exert on ozone
levels. All observations reported and assessed here are as mixing ratios (or mole
fractions) and are described in units of ppb where 1 ppb represents 1 part of ozone in
10 parts dry air.

The EMEP annual 8-h ozone maximum database contains 133 entries covering
the years 1980-1989, 904 over 1990-1999 and 1,254 for the 2000s. The highest
recorded maximum 8-h average ozone mixing ratio was 178 ppb during 1981 at the
GBO0O036R station Sibton on the North Sea coast of Eastern England. The lowest was
41 ppb during 1993 at the ESO003R station Tortosa on the Mediterranean coast of
north East Spain and during 1998 at the PTO004R station Monte Velho on the North
Atlantic coast of Portugal. Out of all the 2,291 entries in the EMEP annual 8-h
ozone maximum database, all but 9, that is 99.6% exceeded the WHO air quality
guideline for ozone which has been set at 50 ppb. 1,328 entries, 58% were in excess
of 75 ppb, 0.5% were in excess of 100 ppb and 0.4% in excess of 125 ppb.
The highest entry post-2000 was 130 ppb recorded at the GBO045R station Wicken
Fen in eastern England during 2006.

A feature of the EMEP annual 8-h maximum ozone database is pronounced
year-by-year variability. Some years were characterised by relatively high maxi-
mum 8-h ozone levels at a large number of monitoring stations. In particular the
years 1990, 2003 and 2006 fit into this category. Equally well, the years 1988, 2008
and 2009 showed relatively low levels at an equally large number of stations. This
year-by-year variability may well have many explanations because the number and
spatial distribution of available stations is changing every year but meteorological
variability is clearly an important factor. In any review and assessment of the
maximum 8-h average ozone data, year-by-year variability must be carefully
taken into account. To plot and understand the spatial distribution of episodic
peak ozone levels across Europe, we have therefore constructed the 2000-2009
decadal average of the annual maximum 8-h average ozone levels for only those
monitoring stations with complete records for the 10-year period. Table 1 presents
these decadal averages for the available 78 monitoring stations across Europe.
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Table 1 Decadal 2000-2009 average annual 8-h maximum ozone levels for 78 EMEP monitoring
stations, together with their station codes, latitudes and longitudes

Station code

Latitude (deg min sec)

Longitude (deg min sec)

Decadal average 8-h ozone

maximum, ppb

DEOOO3R
ITO001R
CHOO0O5R
BEO032R
CHO004R
SI0032R
DEOOO8R
BEOO35R
ATO0032R
CHOO003R
AT0041R
ATO005R
FROO0O9R
ATO0046R
DE0002R
ATO0038R
ATO0002R
AT0042R
AT0047R
BEOOOIR
ATO030R
SI0033R
PLOO0O3R
GBO038R
SIO008R
CHOO002R
ATO0043R
ATO0044R
DEO00O7R
NLOO10R
ESO0010R
ATO0040R
CZ0003R
AT0034G
ATO0037R
DEO0001R
GBO0036R
SK0007R
ESO009R
CZ0001R
GBO013R
GBO031R
SI0031R
FROO10R

475453 N
42 06 00 N
470403 N
512727N
470259 N
46 1758 N
5039 00 N
503012 N
473145N
4728 47N
4758 23 N
46 4040 N
49 54 00 N
482005 N
5248 08 N
46 41 37N
47 46 00 N
48 5243 N
48 03 03 N
4952 40 N
4843 16 N
46 07 43 N
50 44 00 N
504734 N
453400 N
46 48 47N
48 06 22 N
470647 N
531000 N
513228 N
4219 10N
472053 N
493500 N
4703 16 N
4708 13N
545532 N
513423 N
475736 N
411652 N
49 44 00 N
503547 N
523014 N
462543 N
4716 00 N

07 5431E
1238 00 E
082750 E
0600 10 E
06 58 46 E
1432 19E
1046 00 E
045922 E
09 5536 E
0854 17E
1300 58 E
1258 20 E
043800 E
16 43 50 E
104534 E
135454 E
16 46 00 E
150248 E
164036 E
051213 E
1556 32 E
1506 50 E
1544 00 E
001046 E
145200 E
0656 41 E
155510 E
1528 14 E
130200 E
055113 E
031901 E
155256 E
150500 E
125730 E
115212 E
08 18 35 E
011900 W
175138 E
03 08 34 W
16 03 00 E
034247 W
030159 W
1500 12 E
04 0500 E

95.3
92.0
91.9
90.9
89.0
88.9
88.8
88.2
86.2
85.9
85.7
85.1
85.0
84.7
84.5
84.3
84.2
84.0
83.9
83.8
83.7
83.2
83.1
83.1
83.1
82.7
82.1
82.1
82.0
81.9
81.6
81.2
80.3
79.8
79.5
78.1
1.7
1.7
71.0
76.5
76.1
75.4
75.4
753

(continued)
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Table 1 (continued)

Decadal average 8-h ozone

Station code Latitude (deg min sec) Longitude (deg min sec) maximum, ppb
FRO014R 47 18 00N 06 50 00 E 75.3
SKO0006R 49 03 00 N 2216 00 E 75.0
SEO011R 56 01 00 N 1309 00 E 74.5
PLO0O2R 514900 N 215900 E 74.5
ES0012R 390510N 01 06 07 W 74.4
ES0007R 371400 N 033200 W 74.3
DEOOO9R 5426 00N 1244 00 E 74.2
ES0011R 382833 N 065522 W 74.1
SKO0004R 49 09 00 N 201700 E 73.1
EE0009R 593000 N 255400 E 73.0
PLO004R 544500 N 173200 E 73.0
SE0032R 574900 N 153400 E 72.8
PLOO0SR 540900 N 2204 00 E 72.3
NLOOO9R 532002 N 06 16 38 E 71.1
DKO0041R 554113 N 1207 34 E 71.1
FROO13R 433700 N 0011 00 E 71.0
SE0012R 5848 00N 172300 E 70.6
NOO0043R 59 00 00 N 113200 E 68.8
FIO017R 603136 N 2741 10E 68.2
NOO0052R 591200 N 051200 E 67.7
FIO037R 623500N 241100 E 66.9
NOO039R 6247 00N 08 53 00 E 66.8
NOOO15R 655000 N 135500 E 66.6
FI0022R 66 19 13 N 292406 E 66.6
ES0008R 4326 32N 045101 W 66.0
SE0013R 675300 N 2104 00 E 65.9
NOOO55R 6928 00 N 251300 E 64.2
NOOOO1R 582300 N 08 1500 E 63.9
IEO031R 531000 N 09 30 00 W 63.9
SE0035R 641500 N 1946 00 E 63.8
GBO0002R 551847N 031215W 63.1
CHO0001G 46 3251 N 075906 E 62.9
GBO0033R 555131N 031218 W 61.8
NO0042G 78 54 00 N 115300 E 55.0

Decadal 2000-2009 average annual maximum 8-h average levels peak at 95.3 ppb
for the DEOOO3R station Schauinsland which is an elevated station in the Black Forest
region of Germany. In addition to DEOOO3R, there are three further stations with
decadal averages over 90 ppb. These stations are ITOO01R Montelibretti in central
Italy, CHOOOSR Rigi, an elevated station in Switzerland and BEOO32R Eupen in
Belgium. There are an additional four stations with decadal averages just below
90 ppb and these comprise CHOO04R Chaumont, an elevated station in Switzerland,
SI0032R Kovk in Slovenia, DEOOO8R Schmucke, an elevated station in central
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Fig. 2 Decadal average maximum 8-h mean ozone levels along a north—south transect through
central Europe

Germany and BEOO35R Vezin in Belgium. Together these eight stations provide a
picture of an “ozone maximum region” encompassing Belgium, Germany,
Switzerland, Italy and Slovenia in the heart of Europe. Surrounding this “ozone
maximum region”, there are further 25 stations with decadal averages in the range
from 80.3 to 86.2 ppb. These stations are located additionally in Austria, France,
Poland, United Kingdom, Netherlands, Spain and the Czech Republic. They, together,
provide a ring of countries surrounding the “o0zone maximum region”.

Decadal averages are lowest, 55 ppb, at the NO0042G station Zeppelinfjell on
Spitzbergen in the Arctic. Even at this most remote European station, decadal
average maximum 8-h average ozone levels exceed the 50 ppb WHO air quality
guideline for ozone. There are 16 stations with decadal averages in the range
61.8-68.8 ppb. These include two stations in the United Kingdom: GB0033R
Bush and GBOO0OO2R Eskdalemuir, both in Scotland; the station CHO0001G
Jungfraujoch in Switzerland which at 3,578 m is the highest altitude station in the
EMEP monitoring network; two Swedish stations SEO035R Vindeln and ES0013R
Esrange, both in northern Sweden; the Mace Head, Ireland station IEO031R on the
North Atlantic Ocean coastline; six stations in Norway, one station in Spain and
three stations in Finland.

Figure 2 constructs a north—south transect through the decadal averages in
Table 1 by plotting them out against station latitude. The plot uses only those
stations that are east of the Greenwich meridian and also excludes the high-altitude
alpine station CHOOO1G. The points appear to fall within a curved area with a
tendency towards higher decadal averages towards the south of Europe and lower
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Fig. 3 Decadal average maximum 8-h mean ozone levels along a west—east transect through
central Europe

values to the north in Scandinavia. These tendencies are consistent with the concept
of an “ozone maximum region” developed above.

Figure 3 constructs a west—east transect through Europe using the stations with
latitudes in the range 45°-55° N and also excluding the CHOOO1G station. The
points appear to fall within a curved area with a maximum in the 5°-10° E range,
falling off to lower values on either side of the maximum towards the fringes of
Europe. Again, this is consistent with the concept of an “ozone maximum region”.

3 Trends in Episodic Peak Ozone Levels Across Europe
over the 1980-2009 Period

A clear-cut feature of the EMEP 8-h maximum ozone database is the presence of
apparent trends. There is a tendency for the highest recorded values to be found in
the early years and for the lowest values in the latest years. The aim of this section is
to quantify any trends and to offer explanations as to their origins. Trend analysis is
not straightforward in the case of the EMEP 8-h maximum ozone database because
of a number of difficulties. The first difficulty is the marked year-on-year variability
found in the time series data for the individual stations. The second difficulty arises
from the presence of gaps in the datasets which result from the strict criteria that
have been applied in this analysis based on data capture. Finally, the number of
stations operating in a given year has changed markedly through the 1980-2009
period as interest in ground-level ozone has developed. The approach adopted has
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Table 2 Trend analysis for the five long-running EMEP monitoring stations over the 1980-2009
period, showing the Sen’s slope estimates, initial 1980 levels and significance levels

Station Slope, ppb per year Initial 1980 level, ppb Significance level
GBO0039R —-14+09 118 o = 0.01
GBO0036R —-1.2+0.7 109 o = 0.01
DEOOO3R —-0.0 95 o> 0.1
DEO002R —0.2 89 o> 0.1
DEOOO1IR —0.1 81 a > 0.1

Notes: the confidence limits on the Sen’s slope estimates are shown as 2-c intervals

therefore been to split the 19802009 period into sub-periods with consistent and
homogeneous sets of stations in each.

Table 2 summarises the available trend data for the complete 1980-2009 period
at the five longest-running stations in the EMEP 8-h maximum ozone database.
Application of the Mann—Kendall test [22] confirmed that all five stations exhibited
downwards trends. The two United Kingdom stations: GBO039R Sibton and
GBO0036R Harwell, the latter in the south east of England, showed highly statisti-
cally significant downwards trends at the « = 0.01 level of significance. The Sen’s
slope estimates [22] were —1.4 £ 0.9 ppb per year and —1.2 & 0.7 ppb per year,
respectively. The downwards trends at the three German stations: DEOOO3R,
DEOOO2R and DEOOOIR were not highly significant and showed a significance
level which was greater than 0.1. It appears that the downwards trends were greater
for the stations with the higher initial annual 8-h maximum ozone levels
extrapolated back to 1980. For the stations with the lower annual 8-h maximum
ozone levels, no highly statistically significant trends were apparent.

Table 3 summarises the trends found for the 1990-2009 period ranked in
descending order of their annual values extrapolated back to 1990 using the trend
analysis. Of the 40 stations analysed using the Mann—Kendall test [22], 16 stations
showed highly statistically significant (o < 0.1) downwards trends, 19 stations
showed downwards trends that were not high statistically significant (¢ > 0.1)
and 5 showed no or slightly positive trends that, again, were not highly statistically
significant (o > 0.1). The Sen’s slope estimates [22] revealed that the highest
downwards trend of —2.3 + 1.1 ppb per year was exhibited by the ITO004R Ispra
station, the station with the highest initial 1990 value. Eleven stations showed
highly statistically significant (« < 0.1) downwards trends that exceeded —1 ppb
per year, in addition to the Montelibretti station: GBOO13R Yarner Wood,
GBO0O038R Lullington Heath, NLOO10R Vredepeel, GBO0O36R Harwell, GBOO31R
Aston Hill, ATO002R Vorhegg, SEO011R Vavihill, GBO0O02R Eskdalemuir,
NOOOOIR Birkenes and GBOOO6R Lough Navar. There was a clear tendency for
the stations with the largest annual values extrapolated back to 1990 to show the
largest downwards trends.

Table 4 summarises the trends found for the somewhat shorter period from 1993
to 2009, ranked in order of their annual values extrapolated back to 1990 using the
trend analyses. Of the 29 stations analysed, the Mann—Kendall test [22] showed that
7 stations exhibited highly statistically significant (o < 0.1) downwards trends,
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Table 3 Trend analysis for 40 EMEP monitoring stations over the 1990-2009 period ranked in

order of their 1990 extrapolated level

Station Slope, ppb per year 1990 level, ppb Significance level
ITO004R -23+ 1.1 118 £ 8 o = 0.001
GBO00O13R 20+ 14 104 + 14 o = 0.01
GBO0038R —1.7 £ 1.1 104 £ 13 o = 0.01
NLOO10R —1.6 = 1.1 104 + 11 o = 0.05
ATO0032R —-0.7 £ 0.6 103 + 9 o = 0.05
GBO0036R —-1.6+1.2 100 + 10 o = 0.05
ATO0045R —-0.9 + 0.8 100 + 7 o=0.1
DEOOO3R -0.5 98 a> 0.1
DEO00O2R -0.7 94 o> 0.1
AT0041R -0.5 93 o> 0.1
GBO0031R -1.3+1.0 93 +£ 10 oa=0.1
ATO002R —1.0 +£ 0.7 93 +5 o = 0.05
ATO0043R —1.0 92 o> 0.1
AT0046R -0.5 92 a> 0.1
ATO0047R —-0.8 + 0.7 91 £ 7 oa=0.1
SEOO11R —1.0 £ 0.8 86 + 9 o = 0.05
CHOO003R —0.1 86 a> 0.1
ATO0042R -0.3 86 o> 0.1
CHO002R -0.3 85 o> 0.1
GBO0002R —14 + 09 85 + 12 o = 0.05
DEOOOIR —-0.4 84 o> 0.1
NLOOO9R —-0.9 +£ 0.7 83+ 6 o = 0.01
ATO0034G -0.2 81 o> 0.1
SE0032R -0.6 79 o> 0.1
ATO0037R —-0.0 78 o> 0.1
NOOOOIR —1.0 £ 0.6 77 +7 o = 0.05
GBO0006R —1.2 +0.8 75+ 8 o = 0.05
GBO0033R —-0.9 £ 0.8 73+ 9 oa=0.1
PT0004R 0.5 72 o> 0.1
IEOO31R -0.5 70 o> 0.1
GBO00O15R —-0.4 70 oa> 0.1
NOO0043R -0.2 69 o> 0.1
SEO0012R —0.1 69 o> 0.1
FI0022R —0.1 68 oa> 0.1
FIO009R -0.2 68 o> 0.1
FIOO017R 0.3 65 o> 0.1
NOO0039R 0.0 65 o> 0.1
SE0035R -0.0 62 o> 0.1
NOOO15R 0.5 56 o> 0.1
NO0042G 0.1 51 o> 0.1
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Table 4 Trend analysis for 29 EMEP monitoring stations over the 1993-2009 period ranked in
order of their extrapolated 1990 levels

Station Slope, ppb per year 1990 level, ppb Significance level
GBO0039R —-1.6+14 101 + 15 o =0.1
SI0032R —-0.7 96 a > 0.1
DEOOOSR —-0.7 £ 0.7 95 +8 o = 0.05
CHO005R —-0.2 94 a > 0.1
CZ0001R —-13+1.3 92 £ 11 o = 0.05
BEOOO1R -0.9 93 o> 0.1
BEO032R -0.5 91 a> 0.1
GBO0014R —1.7+1.5 91 + 7 o = 0.01
DEOOO7R -0.5 89 o> 0.1
CHO004R -0.3 88 a > 0.1
CZ0003R —0.6 88 a > 0.1
ATO0042R —-0.6 + 0.6 87+ 6 a=0.1
ATO0038R —-0.4 87 a> 0.1
ATO0044R -0.5 86 a > 0.1
ATO0040R -04 85 o> 0.1
GBO0037R —1.0 85 a > 0.1
SI0031R —-0.7 84 a > 0.1
ATO030R 0.0 84 o> 0.1
SI0033R -0.5 84 a > 0.1
DKO0041R —1.0 £ 1.0 82 + 12 o = 0.05
DEOO09R —1.0 £ 0.7 81 +6 o = 0.05
DKO0031R —-0.4 79 a> 0.1
SK0004R -0.2 78 a > 0.1
SK0007R 0.1 73 a>0.1
SKO06R 0.3 70 a> 0.1
LTO015R -0.3 69 a > 0.1
LVOO10R —-0.4 67 o> 0.1
SE0013R 0.2 61 a> 0.1
CHO0001G 0.2 59 a > 0.1

Notes: the confidence limits on the Sen’s slope estimates are shown as 2-c intervals

17 stations showed downwards trends that were not highly statistically significant
(¢ > 0.1) and 5 stations showed slightly positive trends that were not highly
statistically significant (« > 0.1). Five stations showed highly statistically signifi-
cant (¢ < 0.1) downwards trends that exceeded —1 ppb per year and these were
GBO0039R Sibton, CZ0001R Svratouch, GBOO14R High Muffles, DK0041R Lille
Valby and DEOOO9R Zingst. Again, there was a clear tendency for the stations with
the largest annual values extrapolated back to 1990 to show the largest downwards
trends. Those stations with the smallest 1990 values tended to show slightly positive
trends that were not highly statistically significant (o« > 0.1).

Table 5 summarises the trends over the 2000-2009 period for those 13 stations
that showed highly statistically significant (o« < 0.1) downwards trends. There were
an additional 65 stations that showed no highly statistically significant (« > 0.1)
trends at all. The station in Table 5 which exhibited the largest downwards trend of
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Table 5 Trend analysis for the nine EMEP monitoring stations over the 2000-2009 period that
exhibited highly statistically significant downwards trends

Station Slope, ppb per year Initial 2000 level, ppb Significance level
CHOO003R —-1.6 14 101 + 15 o=0.1
GBO0002R —-24+24 100 + 11 o = 0.05
FROO14R -19+1.9 97 + 14 oa=0.1
ATO0047R —-0.7 £ 0.9 95+ 8 oa=0.1
DEO002R -2.0+ 1.7 95 + 10 oa=0.1
ATO0043R —-13+1.3 92 + 11 o = 0.05
CH0001G —-1.7+13 91 £ 8 o = 0.01
ES0010R -2.1+1.6 90 + 6 o=0.1
DKO0041R —-13+14 90 + 7 o=0.1
ATO0032R —0.6 = 0.8 87+ 6 o =0.1
BEO0O35R —1.0+ 1.0 82 + 13 o = 0.05
BEOOOIR —1.0 +£ 0.7 81 +£5 o = 0.05
NLOOO9R —-09 + 1.0 75+ 6 a=0.1

Notes: the confidence limits on the Sen’s slope estimates are shown as 2-G intervals

—2.4 £ 2.4 ppb per year was GBOOO2R Eskdalemuir. Altogether, all but 3 of the
13 stations in Table 5 showed downwards trends that were greater than 1 ppb per
year. The stations that showed the largest downwards trends were ATO0043R
Forsthof, BEOOOIR Offagne, BEOO35R Vezin, CHO0001G Jungfraujoch,
CHOO03R Tanikon, DEOOO2R Langenbrugge, DK0041R Lille Valby, ESO010R
Cabo de Creus and FRO014R Montandon, in addition to GBOOO2R Eskdalemuir.

4 Why Are the Downwards Trends Largest for the Stations
with the Highest Episodic Peak Levels?

In summarising the observed trends in episodic peak ozone levels over the
1980-2009 period, a clear tendency has emerged for those stations with the highest
episodic peak levels to show the largest downwards trends. To attempt to illustrate
this apparent tendency, a scatter plot has been constructed, see Fig. 4, with the trend
data over the 1990-2009 and 1993-2009 sub-periods, taken from Tables 3 and 4.
In this scatter plot, a point is plotted for each station, showing along the x-axis, the
annual maximum 8-h ozone maximum at the start of the trend analysis in 1990, and
along the y-axis, the Sen’s slope estimates [22] from the trend analysis. The plotted
points are shown larger for those stations where the Mann—Kendall tests [22] were
highly statistically significant (¢ < 0.1) and smaller where the trends were not
highly statistically significant (« > 0.1). The scatter plot shows that, indeed, the
downwards trends were larger for the stations with higher episodic peak ozone
levels and smaller for the least exposed stations.

These episodic peak ozone levels have unquestionably responded to European air
quality policy initiatives that have secured reductions in man-made NO, and VOC
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Fig. 4 Scatter plot of the trend in the maximum 8-h mean ozone in ppb per year against the
extrapolated annual maximum at the start of the 1990 or 1993-2009 period for 73 EMEP
monitoring stations. The large filled symbols are for the stations whose downwards trends are
highly statistically significant (« < 0.1) and the small filled symbols (Non sig) are for those that are
less than highly statistically significant (« > 0.1)

precursor emissions. There are two monitoring stations with long-running time series
covering the three decades from the 1980s to the 2000s. These stations GBOO36R
Harwell and GBO0O39R Sibton showed highly statistically significant downwards
trends of —1.2 + 0.7 ppb per year and —1.4 + 0.9 ppb per year, respectively.
Examination of the residuals showed no evidence of any let up in these downwards
trends during the 2000s compared with the 1980s or 1990s. These downwards trends
are fully consistent with expectations based on computer modelling studies utilising
published European emission inventories for man-made NO, and VOCs over the
1990-2009 period. These modelling studies focused on the GB0036 Harwell moni-
toring station in the southern United Kingdom [23]. However, the results should be
similar for other monitoring stations in northwest Europe, particularly those in
Belgium, the Netherlands, Denmark, northern Germany and northern France.

A simple explanation of why the trends are more pronounced for the stations
with the highest initial episodic peak levels would be that these stations show the
highest ozone responses to VOC and NO, emission reductions. Whilst this is
certainly feasible, it is not a common finding in photochemical ozone modelling.
Ozone responses to changing VOC and NO, emissions in photochemical models
are usually illustrated as isopleth plots. Ozone isopleths are commonly seen as a set
of parallel curves, see Fig. 5 for one such isopleths diagram constructed from a
European photochemical trajectory model [23]. It is not at all common for the
isopleths to become closer together as would be implied by the ozone responses to
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VOC and NO, emission reductions increasing with increasing ozone levels and
decreasing with decreasing ozone levels.

There must be a further reason why the apparent ozone trends decline with
decreasing initial ozone level in Fig. 4. If the experience of the ozone isopleth
diagram is accepted, then ozone trends should be independent of the initial ozone
level. Other factors must be acting to offset the influence of the regional NO, and
VOC emission reductions at the stations with the lowest initial ozone levels. It is
likely that the rising hemispheric ozone levels are this offsetting influence. The
regional photochemical ozone production is superimposed on top of the hemi-
spheric ozone level. That is to say, the air masses that cross the North Atlantic
Ocean and arrive at the western seaboard of Europe already contain ozone and
regional photochemical ozone production adds further to this as the air masses
travel eastwards into continental Europe. Any rise in ozone level in these air masses
due to hemispheric ozone increase will offset any reduction in episodic peak ozone
brought about be regional-scale NO, and VOC emission reductions. It is apparent
that the stations which show the least ozone trends in Fig. 4 are those most likely to
be influenced by any growth in hemispheric ozone levels.
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5 Discussion and Conclusions

This chapter provides a survey of the episodic peak ozone levels across Europe over
the 1980-2009 period as recorded by the EMEP ozone monitoring network.
The database of annual highest 8-h average ozone levels contains over 2,291 entries
for 178 monitoring stations. All monitoring stations in almost all years show
exceedance of the WHO air quality guideline of 50 ppb daily maximum 8-h average
ozone level.

The spatial distribution of the decadal average episodic peak ozone levels shows
a maximum in central Europe covering much of Belgium, Germany, Switzerland,
Slovenia, and northern Italy. Decadal average annual maximum 8-h average ozone
levels in this maximum region approach and exceed 90 ppb, just under twice the
WHO air quality guideline. Surrounding this maximum, there is a belt of countries
including the UK, Netherlands, Czech Republic, France, Austria, Poland and Spain
where decadal average annual maximum 8-h average ozone levels fall in the range
80-95 ppb. Outside of this belt, there are some monitoring stations on the fringes of
Europe where decadal average annual maximum 8-h average ozone levels still
exceed 60 ppb and are hence elevated above the WHO air quality guideline.

The origin of these episodic peak ozone levels is unquestionably photochemical
ozone formation from man-made NO, and VOC precursors. Efficient long-range
transboundary transport ensures that these episodic peak levels are observed at even
the most remote monitoring stations in the EMEP monitoring network. Equally well,
efficient transboundary transport ensures that responses to reductions in man-made
NOy and VOC precursor emissions should be felt across Europe in terms of
reductions in episodic peak ozone levels.

These episodic peak ozone levels have unquestionably responded to European
air quality policy initiatives that have secured reductions in man-made NO, and
VOC precursor emissions. There are two monitoring stations with long-running
time series covering the three decades from the 1980s to the 2000s. These stations
show highly statistically significant downwards trends of between —1.2 + 0.7 ppb
per year and — 1.4 ppb per year. Examination of residuals shows no evidence of any
let up in these downwards trends during the 1990s and 2000s. These downwards
trends are fully consistent with expectations based on computer modelling studies
[23] based on published European emission inventories for man-made NO, and
VOCs over the 1990-2009 period. This modelling focuses on the GB0036 Harwell
monitoring station in the southern United Kingdom. However, the results should be
similar for other monitoring stations in northwest Europe.

There are 40 monitoring stations that have suitable monitoring records for trend
analyses covering the 1990-2009 period and a further 29 over the slightly reduced
1993-2009 period. Statistically significant (¢ < 0.1) downwards trends were found
at 23 out of the 69 stations. Downwards trends were larger for those stations with
higher initial episodic peak ozone levels in 1990 and decline to zero for those
stations with the lowest initial levels. This behaviour is best explained by the
resultant of two opposing influences. There is a downwards trend associated with
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regional NO, and VOC emission reductions which is offset by increasing
hemispheric ozone levels.

The decade of the 2000s saw a huge expansion in the EMEP ozone monitoring
network. However, it was a decade which has been characterised by huge year-on-year
variability. The years 2003 and 2006 were highly photochemically active whilst 2008
and 2009 were highly inactive. As a result this year-on-year variability has tended to
mask any clear-cut appearance of trends. Of the 78 monitoring stations with complete
records for the 2000s, only 13 stations showed statistically significant (o < 0.1)
downwards trends. They tended to be the stations with the highest levels as shown
by the trend analysis for the 1990-2009 period.

Downwards trends are continuing through the 2000-2009 period from
continuing reductions in regional man-made NO, and VOC emissions.
However, even after three decades of downwards trends, episodic peak ozone levels
still exceed the WHO air quality guideline. There is much still to achieve with
reductions in man-made NO, and VOC emissions if the WHO air quality guideline
is to be archived across Europe. Indeed, in the last year of this assessment, 2009, all
126 monitoring stations still recorded exceedance of the WHO air quality guideline
and no stations were in attainment.

So far this survey has had little to say about episodic peak ozone levels in urban
areas, where the majority of the population live. This is because urban ozone levels
are always lower than those in the rural areas surrounding them. Urban areas
contain ozone sinks resulting from the rapid reaction between ozone brought in
from the surrounding rural areas and local motor vehicle NO, sources. Over the last
three decades, episodic peak ozone levels in rural areas have been declining as
regional man-made NO, and VOC emissions have been controlled. At the same
time vehicular NO, emissions have been reduced so that urban ozone levels have
been rising towards rural levels. Spatial gradients and urban-rural contrasts have
thus been eroded. Urban ozone is therefore increasing due to recent decreases in NO
emissions resulting from changes in vehicle fleet composition and engine
characteristics which, in turn, have decreased urban ozone scavenging.

Finally, attention is given briefly to the most remote monitoring stations in the
EMEP ozone monitoring network. These are the WMO GAW monitoring stations at
IEOO31R Mace Head, on the North Atlantic Ocean coastline of Ireland, AT0034G
Sonnblick at an altitude of 3,106 m, CHOOO1G Jungfraujoch at an altitude of 3,578 m
and NOO0042G Zeppelinfjell on Spitsbergen, an elevated station in the Arctic. The
2000-2009 decadal average annual 8-h maximum ozone levels at the GAW stations
are in the range 55-80 ppb and are all above the 50 ppb WHO air quality guideline.
Whilst this is clear evidence of the efficiency of long-range transboundary ozone
transport, it is also evidence of the importance of the increasing hemispheric ozone
levels because of growing man-made emissions of tropospheric ozone precursors
across the northern hemisphere. Further action is required to reduce European man-
made emissions of NO, and VOCs if the long-term air quality policy aim of reaching
internationally accepted air quality guidelines is to be achieved across the whole of
Europe. However, if this further European policy action is not coordinated with
policy actions across the northern hemisphere to control tropospheric ozone
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precursors, then it will not achieve the stated aim of meeting internationally accepted
air quality guidelines for ozone.
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Persistent Organic Pollutants in the European
Atmosphere

Barend L. van Drooge and Joan O. Grimalt

Abstract Since the beginning of the last century, European air has received
increasing amounts of organic compounds. Some of them were released as conse-
quence of combustion processes and others were synthesised for specific
applications in industry or agriculture. A group of these organic compounds are
semi-volatile, resistant to degradation processes, bioaccumulative and toxic.
Because of these properties, they are grouped under the general name of persistent
organic pollutants (POPs). These physical-chemical properties are found in poly-
cyclic aromatic hydrocarbons or in organic molecules with 5-12 carbon atoms and
a high degree of halogen substituents. The present chapter is devoted to describe
these two groups of compounds. However, in other review papers, only the
organohalogen compounds are considered under the POP concept.

The properties of semi-volatility, bioaccumulation and persistent to degradation
processes provide a potential for long-range atmospheric transport of these
compounds. They may therefore be deleterious for the ecosystems and human
health even in sites located far away from the areas of production and application.
Furthermore, nearly all organohalogen POPs are man-made. In nature, there are no
compounds with similar chemical structure (or these are in very low
concentrations). Thus, human and animal evolution has not had the opportunities
to generate specific metabolic ways for their elimination. Thus, they accumulate
and remain in the body throughout all life and during all life stages (including in
utero development). By the end of the twentieth century, international protocols
have been established to reduce the emissions and impact of POPs into the
environment and humans.

The following chapter describes the changes in concentration of POPs in ambi-
ent air in Europe through time, with a focus on current concentrations. It also
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describes the differences in physical-chemical properties of these pollutants and
relates them with the mechanisms of atmospheric transport. Strategies to reduce the
ambient air concentrations are discussed. Information is also given on future
perspectives in view of “emerging” pollutants and emission sources.

Keywords Gas-to-particle-phase partitioning, Long-range atmospheric transport,
Organochlorines, Persistent organic pollutants, Polycyclic aromatic hydrocarbons
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1 Introduction

Since the beginning of human development, anthropogenic activities, such as
hunting, wood burning and agriculture, have left their mark in the environment.
At present, the increase and intensification of economic progress in our
industrialised society, with its unlimited demand and use of energy and
manufactured products, have largely raised the environmental impact of these
activities. Furthermore, the environmental effects of many chemicals are not
restricted to the sites of production and/or application. They may impact distant
ecosystems as consequence of long-range transport. When this process is
influencing most of the planet, it involves global changes. These changes relate to
the presence of toxic compounds in nearby and remote ecosystems like the Arctic
regions and European high mountain areas [1, 2] where POPs are present in all
environmental compartments such as water, soils and atmosphere, as well as in the
organisms living in them.

POPs are chemical compounds responsible for many of these problems. This
group of pollutants includes polycyclic aromatic hydrocarbons (PAHs) and
organohalogen compounds (OC) such as polychlorobiphenyls (PCBs), hexachlor-
ocyclohexanes (HCHs), hexachlorobenzene (HCB), polybromodiphenyl ethers
(PBDEs) and others. After emission to the atmosphere, POPs may undergo long-
range atmospheric transport. The environmental effects caused by these compounds
result from their toxicity, semi-volatility and resistance against physical, chemical
or biological degradation (Sect. 2). Most of these compounds, except PAH, are
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man-made, or xenobiotic, and were applied in agriculture for crop protection
(pesticides), control against diseases such as malaria or protection of materials in
industrial applications, such as flame retardants or surface coatings.

Their mass production and uses started in the 1940s when they entered into the
environment in large amounts. In the case of PAH, the intensification of industrial
applications and human development in the twentieth century largely increased
their emissions to the atmosphere in addition to the natural background of sponta-
neous fires. Nevertheless, already in the beginning of the 1960s, Rachel Carson
wrote her inspiring book “Silent Spring” which expressed the concern for the
unlimited use of these compounds and their possible consequences [3]. Subsequent
research proved quite well most of the worries expressed in this book. The ubiqui-
tous presence of PCBs in the environments was first recognised in the late 1960s
when they were found in pike from Swedish lakes [4]. In the late 1970s, the
negative effects of OCs were generally acknowledged.

In the last decades, many POPs have been banned in most industrialised
countries. The United Nations elaborated a programme on POPs, which was also
signed by the European Union in Stockholm (Sweden) in 2001 (http://www.chem.
unep.ch/pops/; Bulletin EU 5-2001: 1.4.41). In this programme, countries com-
pelled themselves to reduce or eliminate the production and use of POPs and to
investigate their effects in the environment and humans. Thus, in about 60 years
after the initial applications of these compounds, strict regulations had to be taken
to decrease the impact of POPs in the environment. Accordingly, concentration
decreases have been observed since the 1990s, namely, in potential emission source
areas where these chemicals were produced and used [5, 6]. The observed changes
have been reviewed recently [7]. Nevertheless, POPs are still omnipresent in the
environment, and the observed decreases in remote areas, such as the arctic region,
are small or hardly detectable [8, 9]. POP recycling among environmental
compartments has an important role in the stabilisation of environmental
concentrations [10]. The ubiquitous presence of POP in the environment, even at
low concentrations, is of concern since a large proportion of these compounds have
toxic effects [11, 12].

The POP protocol elaborated on occasion of the Stockholm Convention in 2001
contained 12 compounds, known as the “dirty dozen”: aldrin, chlordane, DDT,
dieldrin, endrin, heptachlor, HCB, mirex, PCBs, polychlorodibenzo-p-dioxins,
polychlorodibenzofurans and toxaphene. After several years of implementation
other compounds, were also included: HCHs, PAHs, certain brominated flame
retardants, perfluorooctanesulfonic acid (PFOS) and pentachlorobenzene (http://
www.chem.unep.ch/pops/). This protocol is aimed to control, reduce and/or elimi-
nate discharges, emissions and spills of POPs into the environment.

In the present chapter, the role of the atmosphere in the distribution of POP in the
European environments will be considered (Sect. 3). Data on atmospheric concen-
tration and deposition collected between 2000 and 2009 shows that these
compounds are still impacting the European ecosystems. Complementary data
from sediment cores allows reconstruction of the historical input of these
compounds into the European environments (Sect. 4). Both types of data sets are
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used to describe the actual status of the atmospheric contamination in the
European continent by these compounds and to anticipate future perspectives
(Sects. 5 and 6).

2  Objectives

. To describe the atmospheric background levels of POPs over Europe

. To identify the processes that are responsible for the atmospheric transport and
fate of POP in the European atmosphere

. To describe the state of the art of POP contamination at the European scale

4. To describe the future trends of POP contamination in the European atmosphere

DN =

(O8]

2.1 Organohalogen Compounds

OC are man-made chemical substances that encompass a wide range of compounds
with different structures and applications. They are known for their high chemical
stability, which stems from their large proportion of halogen substituents, either
chlorine, bromine or others. Some of them were synthesised for use as pesticides
and others for industrial applications.

The OC pesticides were initially produced to protect crops and human beings
against plague organisms. They are generally incorporated into the environment as
consequence of their use in agriculture. Nevertheless, they can also enter into the
environment due to bad storage practices.

2.1.1 Hexachlorocyclohexanes

These compounds were originally used as mixtures of different isomers (Fig. 1).
These mixtures contained five isomers, o-, -, y-, 8-, e-HCH, of which y-HCH was
the one having insecticide properties. The half-life in biological tissue and other
environmental compartments of this isomer is relatively short in comparison to
other OCs. y-HCH and its metabolites have relatively high water solubility, so they
can be rather easily washed out from the atmosphere by rain [13].

The first production of this group of compounds started in 1943. The production of
lindane (y-HCH) in developed countries has been estimated to be 720,000 tonnes. The
global production of technical-grade HCHs over the period between 1948 and 1997
has been estimated to be 10 million tonnes. Today, the production and use of HCHs
have been strongly reduced due to the international restriction. The principal emission
sources of this group of compounds are shown in Fig. 3. Their physical-chemical
properties are summarised in Table 1.
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Fig. 1 Structures of two a
hexachlorocyclohexane Cl Cl a
isomers (/) a-HCH, (2) a a
v-HCH
Cl
Cl
Cl a
1) 2)

Table 1 Selected physico-chemical properties of studied POPs at 278 K [14-20]
POPs Mol Wt.2 P° log Koy® H*
Fluorene 166 0.72 4.2 7.9
Phenanthrene 178 0.11 4.6 3.2
Anthracene 178 7.8 x 1072 4.5 4.0
Fluoranthene 202 8.7 x 1073 5.2 0.6
Pyrene 202 12 x 1072 52 0.9
Benz[a]anthracene 228 6.1 x 1074 5.9 0.6
Chrysene 228 1.1 x 107 5.9 0.2
Benzo[b+/]fluoranthene 252 5.8 0.15
Benzo[k]fluoranthene 252 41 x 10°° 6.0 0.11
Benzo[a]pyrene 252 2.1 % 107 6.0 0.045
Indeno[123-cd]pyrene 276
Dibenz[ah]anthracene 278 92 x 1078 6.8 0.069
Benzo[ghi]perylene 276 1.4 x 1078 6.5 0.076
HCB 285 3.1 x 107? 5.5 53
o-HCH 181 73 x 1073 3.9 0.10
v-HCH 181 19 x 1073 39 0.061
PCBI18 257 8.0 x 1072 5.6 32
PCB28 257 2.0 x 1072 5.8 29
PCB52 292 1.0 x 1072 6.1 32
PCB70 292 6.0 x 107° 6.3 17
PCB101 326 3.0 x 1073 6.4 25
PCB110 326 2.0 x 107? 6.3 20
PCB138 361 5.0 x 107* 7.0 13
PCB153 361 2.0 x 1074 6.9 17
PCB180 395 1.0 x 1073 6.9 11
PCB194 430 1.0 x 107° 7.6 29

“Molecular weight (amu)

®Sub-cooled liquid vapour pressure (Pa)

“Logarithm of the octanol-water partition coefficients
dHenry’s law constants (Pa m3/m01)

2.1.2 Hexachlorobenzene
HCB (Fig. 2) was used mainly as fungicide in wood and seed treatment, but it is also

a by-product of several chlorination procedures for the production of organochlo-
rine solvents, plastics and in the secondary aluminium industry (Fig. 3). A total
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Fig. 3 European Union emissions of HCB, HCHs and PCBs (adapted from [7])

global emission of 23,000 kg per year has been estimated with a range between
12,000 and 92,000 kg per year [21].

This compound is poorly soluble in water and evaporates rapidly after release
into the atmosphere. Due to its relatively high vapour pressure, it is usually found in
the gas phase, not in the aerosol fraction. Today, its production is banned. However,
it is present in many products as an impurity and can be released unintentionally.
HCB has shown to be toxic for men, when in Turkish Kurdistan, between 1955 and
1959, it caused an outbreak of porphyria cutanea tarda after intake of contaminated
food. A relationship between thyroid cancer increase and chronic exposure to HCB
has been identified [22].

2.1.3 Polychlorobiphenyls

PCBs are industrial compounds used as industrial, dielectric and heat transfer fluids,
organic solvents, flame retardants, plasticizers, sealant and surface coatings. They
may also be released to the atmosphere by waste incineration (Fig. 3). The world-
wide production of this compound has been 1.3 million tonnes, of which 97% in the
northern hemisphere [23]. The amount of chlorine atoms in the biphenyl mixtures is
related to the duration and temperature of the chlorination process. The commercial
mixtures were distributed under names such as Aroclor (Monsanto, USA) or
Clophen (Bayer, EU). The chlorine atoms can substitute the para, meta and/or
ortho positions of the biphenyls. There are 209 possible congeners. PCBs can be
divided into nine isomeric groups and one decachlorobiphenyl, all with an empiri-
cal formula of C,H;-nCln (n = 1-10) (Fig. 4).
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Fig. 4 General molecular structures of PCBs

PCBs were found for the first time in the environment by Soren Jensen, who
found these contaminants in pike from Swedish waters [4]. After few years of
research, the adverse effects of these compounds for organisms were identified and
led to restrictions in their production and use. Finally (late 1970s), they were
banned in most industrialised countries [24, 25]. The position of the chlorine
atoms in the molecule influences the toxicity properties of the PCBs. They are
more toxic when the ortho positions of the molecule are not substituted, like in the
case of PCB-77 (3,3’ ,4,4'-tetraCB), PCB-126 (3,3,4,4'5-pentaCB) and PCB-169
(3,3 ,4,4',5,5-hexaCB). In these conditions, the two phenyl groups can rotate freely,
and the molecule is stabilised as a flat structure (planar or coplanar PCBs) due to the
interaction between the m orbitals of both biphenyls. Mono—ortho and di—ortho
PCBs (with the 2 and 2’ positions substituted) are less toxic [25] than the
unsubstituted ortho isomers. Reported biological effects on terrestrial animals
exposed to PCBs involve liver damage, dermal disorders (chloracne), reproductive
toxicity, thymic anthropy, body weight loss, immunotoxicity, teratogenicity and
induction of several cytochrome P-450 (enzyme) isosystems [25]. Although the use
of these products is prohibited for many years now, they still cause toxic effects at
trace levels, as it has been shown in a study on Dutch school children [12].

PCBs are discharged into the environment by leaking from hydraulic systems,
diffusion from coatings and during production, waste incineration or waste dis-
posal. Atmospheric PCBs are predominately presented in the gas phase. However,
significant fractions of the more chlorinated congeners are also presented in the
particulate phase [26].

2.2 Polycyclic Aromatic Hydrocarbons

PAHs are constituted of C and H atoms in the form of fused benzene rings. The
atmospheric PAH mixtures are essentially generated in incomplete combustion
processes involving fossil fuels or any other organic materials, such as wood.
These sources are numerous (Fig. 5). At present, residential emissions from wood
and coal combustion for domestic heating and vehicular exhaust emissions are
important sources. The composition of the PAH mixture depends on the precursor
organic material and combustion conditions [27, 28]. Diagenetic processes may
also produce PAHs, but their significance as sources for the atmosphere is small.
Most PAHs enter into the environment by atmospheric emissions. They may
therefore be atmospherically transported over long distances, especially when they
are bound to aerosols. In this way, they have become ubiquitous contaminants
reaching remote areas [29]. There is a direct relationship between pyrolytic PAH
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Fig. 5 European emissions total PAHs

of PAHs in 2009 by sector
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and black carbon (BC) particles. BC is produced by incomplete combustion in
fossil fuel and biomass burning. Like PAHs, BC occurs ubiquitously and can
account for about half of the carbonaceous particles in the atmosphere. Structurally,
BC may be essentially differentiated between soot carbon (small particle size; SC)
and char/charcoal. The former originates during the condensation of hot combus-
tion gases involving free radical reactions of acetylene species leading into PAH,
macro PAH and SC. Conversely, charcoal originates from incomplete combustion
of plant tissue and diagenesis [30] and always contains a core of unburned biomass
material. During the past decades, the study of SC as a strong sorption matrix has
received increasing attention [30-32]. Adsorption onto SC has been shown to be
significant for the overall atmospheric transport of PAH to European alpine areas
[33, 34].

Some PAH like benzo[a]pyrene and their metabolites are teratogenic and muta-
genic [27]. In the late 1970s, the United States Environmental Protection Agency
(USEPA) listed 16 PAH as “priority pollutants” (Fig. 6). This list was later adopted
by the European Union. Moreover, the CAFE directive of the European Union
establishes an annual limit value of 1 ng/m’ for the occurrence of benzo[a]pyrene in
the atmosphere (Council Directive 2004/107/EC Official Journal, L 023, 26/01/
2005; pp. 3-6).

In general, fluoranthene and higher molecular weight PAH tend to bound to
atmospheric particles, while the lower molecular weight PAH is present in the gas
phase [26, 35, 36]. Thus, the lower molecular weight PAH is more susceptible to
direct or indirect photodegradation than the particle-bound higher molecular weight
PAH [37, 38].

3 Atmospheric Transport of POP

The presence of POPs in remote areas demonstrates the importance of long-range
atmospheric transport in the environmental distribution of these compounds. The
atmosphere, due to its large volume and elevated speed at which it can transport air
masses over long distances, is the most important pathway for distribution of POPs
into the environment [39, 40]. POPs have vapour pressures (P) between 1072 and
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Fig. 6 Molecular structures of PAHs

107 Pa (Table 1) which are in the range of phase changes at ambient temperatures.
In this way, POPs tend to evaporate with rising ambient temperatures and condense,
or adsorb to surfaces, at decreasing temperatures. These temperature-dependent
processes have been described using the concept of “global distillation” taking as
example a gas chromatography process [41] (Fig. 7). Other concepts used to define
this process have been “global” or “latitudinal fractionation,” “cold condensation”
or “selective trapping” [2, 29, 42, 43]. These effects have allowed to explaining the
changes in POP composition in different environmental matrices in relation with
latitude [43—46] and altitude [2, 44, 47, 48].

Atmospheric POPs are distributed between the gas and particulate phases and, as
mentioned above, the distribution rates are temperature-dependent [35]. However,
other atmospheric processes such as photochemical oxidation and deposition are
also relevant for the ultimate value of POPs in the air compartment (Fig. 7).

Once the compounds have been deposited on land or water surfaces, they can be
incorporated into these compartments and the organisms living in them (Fig. 7).
Soils and sediments can be considered as final POP sinks. However, the retention
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Fig. 7 Conceptual representation of processes influencing the atmospheric transport and fate of
POPs. (/) Primary emissions of POPs to the atmosphere, (2) atmospheric deposition and photo-
chemical degradation/transformation, (3) re-volatilisation from secondary sources in the different
environmental compartments and burial in sediments, (4) bioaccumulation and biotic transport,
(5) accumulation in glaciers and ice caps, with probable releases due to melting

capacity of soils and lake sediments depends on several factors, such as its organic
content, ambient temperatures, biological activity, physical disturbance and chem-
ical transformation [6, 49-53].

3.1 Gas-Particle Exchange

The exchange of chemical compounds from the gas phase to a surface, e.g.
atmospheric particles, soil, water, vegetation or other surfaces, is controlled by
the affinity of the compound to this surface. The ratio of vapour pressure to water
solubility can be used as indicator between levels in the atmosphere and water
surface (Henry’s law; H constant). In many model calculations, the ratio between
POP levels in octanol and water, the octanol-water partitioning coefficient (Ky,), is
used as reference for the distribution of POP in organic material [14]. Conse-
quently7 the eXpreSSiOH H/RT (Cyir/Cyater) and Koy (Coctanot/Cwater) prOVide the
octanol-air partitioning coefficient (K,):

Koy = Kow RT/H

which can be used as the indicator for the distribution of POP between the
atmosphere and surfaces. Since H is temperature-dependent, K, is temperature-
dependent as well [54, 55].

Vegetation has been used in the past as indicator of the degree of atmospheric
contamination on small and global scale [44, 54, 56, 57]. Although important
differences between chemical species have been observed, in general the lipophilic
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organic pollutants (log K,,, > 4) are taken up from the atmosphere via the cuticle
waxes or by the stomata of the leaf, where they tend to accumulate. Uptake of these
compounds from the soil via the roots is not significant; neither is POP transported
to other parts of the plant. Due to the large surface area of leaves, atmospheric
variability of POP concentrations and ambient temperatures affect directly the
concentrations found in the leaves of plant species [56]. Leaves can therefore be
useful as bioindicators for the atmospheric quality in terms of POP levels.

The significance of soot carbon for atmospheric transport and particulate—gas
partitioning of PAH has been assessed in several studies [30-34, 52]. This exchange
is based on the particulate—gas partitioning coefficient K,

Ky = Cp/(Cy x TSP),

where C, and C, are the concentrations in the particulate and gas phase,
respectively.

Usually, there is a significant linear fit between K|, and the sub-cooled liquid
vapour pressure (Py; [58]) of the PAHs. Organic matter plays an important role in
the particle/gas partitioning of these compounds ([58] and references therein),
which can be described by the following equation:

log K, = log Ko, + log fom — 11.91, (1)

where K, is the temperature corrected octanol—air partitioning coefficient. log K, =
log K,w X RT/H, where K, is the octanol-water coefficient, R is the gas constant, T
the mean air temperature and H the temperature corrected Henry’s law constant.

However, when applying the fraction of organic matter (for) to the model
calculations, there is often an underestimation of the predicted K, especially in
remote areas. This underestimation could only be corrected by using unrealistically
high fom values. Notwithstanding, a general agreement between predicted and
measured K, is observed when both organic matter absorption and soot-carbon
adsorption are included in the model (see equation below):

JomMWocr 7ocr ec

Kp = +fe————
’ POCTl\/[Wom“/OCT><1012 Ko fEC x 10"

Ksa7

SouMWocr vocr
Poct MW, vocr X102

K, as described in its simplified form in Eq. (1), assuming yoct/Yom, MWoct/
MW to be equal to 1 and pocr to be 0.820 kg/L. fgc is the fraction of elemental
carbon in atmospheric particles, which was estimated to be less than 5% in rural and
remote sites [59], a,. is the surface area of active carbon, a.. is the specific surface
of elemental carbon and 10~ is a factor for unit correction. Assuming that the
ratios Yoct/Yoms MWoct/MWow and a../a,. are equal to 1, it is possible to predict
K, values from fon and fre [30-34, 52].

where the expression - Koq 1s the relationship between K, and
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In general, POPs are volatile enough to be present in the atmosphere at ambient
temperatures and travel over long distances. However, they are not too volatile, so
they can be absorbed to surfaces, particularly if those are organic-rich, and be
incorporated to other environmental compartments. Their semi-volatility is
expressed by the partitioning coefficient air—water, K,,,. Moreover, they have
higher affinity for organic matter than water, which is expressed by the partition
coefficient octanol-water, K, and this delays the washout from the atmosphere by
rain. The K, of the different POPs versus their K,,, is shown in Fig. 8. POPs are
found in an area of intermediate K,,, and K. Any other compound with similar
K. and K, values is a potential POP.

3.2 Atmospheric Deposition

Deposition of POPs may take place by (1) snow and rain scavenging of gases and
aerosols (wet deposition), (2) dry particle deposition and (3) gas exchange with
surfaces [61]. The distributions of POPs between the gas and particle phases depend
on their physical-chemical properties (Fig. 8) as well as the environmental
conditions in the atmosphere, such as temperature, amounts and composition of
particles [26, 35].

3.2.1 Wet Deposition

Wet deposition involves the adsorption of gases and aerosols on surfaces after
removal by rain, snowfall, etc. Water solubility and vapour pressure are determi-
nant for this process. Compounds with low H constants are washed out from the
atmosphere faster than those with high H. The efficiency in which rain (C,,;,) or
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snow removes a gaseous compound from the atmosphere (Cyi ¢25) can be defined
from the washout ratio of the gas phase (W,) [61]:

Wo = Crain/Cairgas = RT/H (mass/volume).

According to this equation, compounds with low H tend to be washed out faster
than compounds with high H.

The washout factor of the particulate phase (Wp) is important in rain and snow
scavenging of particle-bound POP (Cli; particutae) [61]:

Wy = Crain/Cairpart (mass/volume).

The W, is however very variable and depends on the size of the particle, its
structure and chemical composition and on the meteorological conditions.

3.2.2 Dry Deposition

The velocity of particle dry deposition, and that of the particulate-bounded
compounds, depends largely on the size and composition of the aerosol. For large
particles (>25 pum), the deposition is mainly governed by gravity. Aerosols of this
size are deposited near the emission sources. Smaller aerosols between 0.1 and
10 pm are suitable to long-range atmospheric transport, involving sometimes more
than hundreds of kilometres. Invasions of Saharan dust to the North Atlantic and
Europe mainly consist of aerosols of these sizes (mostly <2.5 pm). Particles
smaller than 0.1 pum depend on molecular diffusion [61]. POPs have higher affinity
to particles with high organic carbon content due to their relative high lipophilicity
(log Ko > 4).

The particulate flux to a surface (Fyq par) and the particle-bound atmospheric
concentration of a compound (Ciir par) at a given height are related to the dry
deposition velocity (Vg par):

Vdpart = dea.rt/cairpart~

This velocity is very variable and depends, for example, on the meteorological
conditions, particle size and composition and surface properties.

The lower molecular weight compounds are in general more abundant in the wet
deposition than the heavier molecular weight compounds (Fig. 9). The former also
occur predominantly in the atmospheric gas phase, while the latter are particle-
bound in larger proportion [35]. The transfer of gas phase POP to rain and/or
snowflakes is very effective [62—-64]. Wet deposition accounts for the predominant
incorporation pathway of gas phase and particulate phase POPs. But the efficiency
depends on the quantity of precipitation, which may show high variability between
different sites and seasons.
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Fig. 9 Accumulated load of organochlorine compounds in deposition samples collected between
20 May 1999 and 19 May 2000 at Teide (2,367 m; Tenerife) [13]

4 Historical Trends of POP Atmospheric Pollution
in the European Environment

Data on past atmospheric concentrations of POPs is scarce. However, alpine lake
ecosystems can be used as sentinel ecosystems to reconstruct the atmospheric
pollution load over the European continent [50, 51, 65, 66].

Alpine lakes essentially receive pollutant inputs from regional or long-range
atmospheric transport [50, 51]. Depending on the physical-chemical properties of
the compound and the climate conditions, the compounds enter these lakes through
gas exchange, dissolved in rain drops, snowflakes or adsorbed/absorbed to aerosols.
Once the POP has entered into the lake system, interactions take place between the
compounds, particles, water and organisms. The strength of the interactions
depends on the water solubility of the individual POPs, or their affinity to organic
material, as well as on the climate conditions, e.g. water temperature [67—71]. Thus,
POPs with relatively high solubility, like HCHs, mostly occur in the dissolved
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phase, while higher molecular weight PCBs and PAHs exhibit in general higher
association to the particles in the water column [72-74].

POPs can be absorbed actively or passively by zooplankton and phytoplankton
species, or by higher organisms, such as fish, via ingestion, respiration and diffuse
absorption. Some compounds may accumulate in body tissue, while others are
transformed into other compounds by the metabolism of the organism or excreted
to the water column in its original form [75-77]. As consequence of particle
deposition, POPs will eventually end up on the bottom of the lake and be
incorporated into the sediment were they are generally well preserved due to the
low biological activities in these lakes [50, 51].

The above mentioned processes result in some differences in POP composition
between the atmosphere and the sediment. For example, the relative composition of
PCB congeners in sediment is predominated by the compounds of higher molecular
weight, while the lower molecular weight congeners are in higher proportion in the
atmosphere. This difference is temperature-dependent [53]. Overall, specific rela-
tionship can be established between ambient air temperatures of high mountain
lakes and sedimentary PCB concentrations in the European alpine areas [2].

On the other hand, comparison of the average PAH profiles in the sediments
(Fig. 10) with snow deposition [62] and atmospheric PAH gas and particulate
phases distribution [34] shows a good agreement between the PAH composition
in the sediments and in the atmospheric particulate phase (> = 0.94; p < 0.01) and
snow deposition (¥ = 0.92; p < 0.01).

Studies on the downcore concentrations of POPs in alpine lakes allow to
reconstructing the historical trends of the incorporation of these compounds to the
European ecosystems. The study of these high mountain lakes provides a reference
for the overall background load of these compounds. As shown in Fig. 11, there is a
rather good agreement between a sediment core from a high mountain lake from the
Tatra mountains and a peat core from northwestern UK. Both records show a steep
increase of OCs in the 1950s and peak concentrations between 1960 and 1990.
After 1990, the sediment concentrations in the alpine lakes started to decrease.
Conversely, PAH show different profiles in the alpine sediments from eastern
Europe and in the peat samples from northwestern UK. In the former case, the
concentrations increased after 1950 and started to decrease after 1990, whereas in
the latter these compounds started to increase in the nineteenth century (Fig. 11).
These differences may reflect the later industrial development in eastern than in
western Europe. Thus, in the UK, the PAH concentration increased after 1820 with
a peak concentration around 1925. This onset corresponds to the start of the
industrial revolution in the UK. After 1960, the concentration decreased to low
concentrations in the 1980s, which could reflect lower inputs from heavy industry
and changes in combustion fuels for domestic heating as consequence of air quality
legislation [6]. A description of the historical accumulation of PAHs over Europe
based on the study of sediment cores collected in diverse alpine lakes is available in
Fernandez et al. [49].
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S Atmospheric POP Levels in Europe in the Twenty-First
Century

Since the beginning of the twenty-first century, atmospheric POP concentrations in
the European Union are measured regularly in different sites of Europe as part of
scientific projects or regular atmospheric monitoring programmes, such as the
European Monitoring and Evaluation Programme (EMEP) driven under the Con-
vention on Long-Range Transboundary Air Pollution of the United Nations (UN-
LRTAP). This monitoring programme is similar to the one run in the Arctic region
[Arctic Monitoring and Assessment Programme (AMAP)] or other programmes
existing at regional or national scale, such as TOMPS in UK, NJADN in New
Jersey, USA and CBADS in Chesapeake Bay, USA. Moreover, national govern-
mental institutions report to the European Commission their national estimates on
POP emissions, which are published annually by the European Environmental
Agency.

Obviously, uncertainties are inherent to measurements of atmospheric POPs and
emission estimates. Furthermore, the coverage of monitoring stations may not
encompass all different European environments [78, 79]. Nevertheless, the
published data gives an appraisal of the atmospheric POP concentrations over the
European continent. As an example, the year-round trend of PCB concentration and

<
«<

Fig. 10 (continued) phenanthrene, ANT anthracene, FLA fluoranthene, PYR pyrene, BANT benz
[a]anthracene, CRY + TRIP chrysene + triphenylene, BBJFLA benzo[b+j]fluoranthene, BKFLA
benzo[k]fluoranthene, BEP benzo[e]pyrene, BAP benzo[a]pyrene, PER perylene, /P indeno[123-
cd]pyrene, BGP benzo[ghi]perylene, DBA dibenz[ah]anthracene
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Fig. 12 Weekly air concentration (gas + particle phase) of the summed seven ICES PCB
congeners and ambient air temperature from April 2005 to 2006 in the semi-rural area of Ispra,
northern Italy [80]

ambient air temperatures for a semi-rural site in northern Italy is shown in Fig. 12
[80]. Summertime concentrations are about twice as high as wintertime
concentrations, due to the influence of temperature (e.g. ambient air PCB
concentrations increase with increasing temperature due to volatilization from
soil or water). On the other hand, PAHs in the same site show much higher
concentrations in cold than in warmer periods (Fig. 13), which is likely due to
increases of biomass combustion emissions for domestic heating and litter removal
in fields and gardens [81].

Reports of the European Environmental Agency (e.g. [7]) have shown several
national emission inventories and have described the temporal trend of POP
emissions between 1990 and 2009 (Fig. 14). During this period, the reported POP
emissions have decreased considerably to levels that in 2009 were less than half of
those in 1990. In the case of PAH, the mean reduction was 61%, and this was due to
the decreased residential use of coal for domestic heating, to the improvement in the
technologies for metal refining and smelting and to regulations on emissions for
road transport. Since 2003, the emissions of these compounds do not show
variations. The average HCB emissions decreased 98% in Europe as consequence
of regulations in the chemical industry, although the secondary aluminium industry
is responsible for a relative increase of HCB emissions. HCH emissions decreased
80% by changes in agriculture uses. PCB emissions decreased about 75% due to
changes in electronic equipment, while there was a relative emission increase as
consequence of industrial waste incineration.

POP concentrations in the European atmosphere can be estimated from these
national emission inventories by using model calculations, such as the MSCE-POP
model. This is a three-dimensional Eulerian multi-compartment model operating
within the geographical scope of EMEP region with a spatial resolution of 50 km x 50
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Fig. 13 YPAH particle phase concentrations (ng/m>; left y-axis) and ambient air temperature
from summer 2008 to winter 2009 (°C; right y-axis) in the semi-rural area of Ispra, northern
Italy [81]
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Fig. 14 Emission trends of several POPs between 1990 and 2009 [7]

km [86]. Examples of these model calculations of the atmospheric emissions and
concentrations of PCB153 and benzo[a]pyrene are shown in Figs. 15 and 16. They
show that both combustion-related compounds, such as PAH and industrial products,
such as PCBs, have larger emissions in urbanised than in rural areas. However, in some
semi-rural areas, such as northern Italy or southern Poland, large PAH emissions are
reported, mainly due to induced biomass and coal combustion for domestic heating
and specific meteorological conditions in winter (e.g. stagnant atmospheric conditions)
[81, 82]. These model calculations predict ambient air concentrations on the European
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Fig. 15 Estimated environmental distributions of PCB 153: (a) emissions to the atmosphere;
(b) ambient air concentrations over the European continent (Gusev et al. 2007)

Fig. 16 Estimated environmental distributions of benzo[a]pyrene: emissions to the atmosphere
(a) and ambient air concentrations over Europe (b) (Gusev et al. 2007)

continent between 1-8 pg/m’ for PCB153 and 0.005-1 ng/m’ for benzo[a]pyrene
which are in agreement with the ambient air POP measurements on the European
continent (Figs. 15b and 16b).

Results from the EMEP observation stations that annually report the monthly
POP concentrations [EMEP/ccc-reports (http://www.nilu.no/projects/ccc/reports)]
are shown in Figs. 15b and 16b. These stations are located in central and northern
Europe, so temporal information on POP concentrations in southern Europe, such
as the Mediterranean, is missing. The present network of monitoring stations shows
that in the period between 2002 and 2009, the lowest concentrations were observed
at high latitudes in Spitsbergen, in the Arctic sea and that they increased with
decreasing latitudes, with highest concentration in central Europe (e.g. Czech
Republic).


http://www.nilu.no/projects/ccc/reports
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Fig. 17 Monthly concentrations of benzo[alpyrene (ng/m>) in the ambient air of the EMEP
stations in 2009 (1 = January; 12 = December) (EMEP/ccc-report, 2011)

The temporal evolution of the PCB levels in central Europe involved a decrease
of 90% within 4 years (between 2002 and 2006) to more stable levels between 2006
and 2009. The latest concentrations were comparable to those observed in 2009 in
Germany (EMEP/ccc-report, 2011). A well-defined reduction in PCB air
concentrations was observed in the Czech Republic during this second period in
which all other stations showed more or less uniform concentrations.

Other POPs, such as y-HCH, showed very significant reductions in the ambient
air concentrations, which was in agreement with the reductions of emissions from
agriculture. The concentrations of these compounds in northern Europe are at
present between 1 and 4 pg/m?® and around 20 pg/m® in central Europe. On the
other hand, HCB did not show any decrease in atmospheric levels and remained
around 50 pg/m* on the European continent and at 5 pg/m> in Iceland.

Ambient air concentrations of combustion products, such as PAH, showed more
or less constant values in the period between 2002 and 2009; only one site in
northern Finland showed a significant decrease. These results are in agreement with
the reported PAH emissions, which were also constant in this period. The
concentrations of benzo[a]pyrene were lowest in Spitsbergen (0.003 ng/m’) and
highest in the Czech Republic (0.36 ng/m®). As mentioned above, the PAH
concentrations showed strong seasonal variations. This is again illustrated in
Fig. 17, showing high increases in the cold months due to the use of fossil fuels
for heating. These observed concentrations are in agreement with the emission
inventories reporting that residential emission sources are responsible for almost
half of the PAH emissions on the European continent.
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6 Future Perspectives

Under the Stockholm Convention and other agreements, the European countries
compelled themselves to eliminate or reduce the production, use and emissions of
POPs and to decrease human and ecosystem exposure. Now, one aspect under
discussion is the extension of the pollutants with POP properties to new compounds
needing environmental monitoring. Several candidates have been intensively stud-
ied in the recent years. One obvious requirement concerns the proven toxicity
effects of the molecules under study.

The emission reports and air concentration measurements indicate that the
atmospheric concentrations of most of the well-studied POP, e.g. PCBs, HCH and
HCB in Europe, declined between 1990 and 2000 but decreased more slowly during
the last decade. The overall reduction results from the international actions
undertaken in the last decades for the elimination/reduction of production and use
of these compounds. However, there are still primary emissions from diffuse
sources, such as old stockpiles or old equipment, which are often hard to target.
Model calculation using different policy scenarios show that between now and 2020,
little decrease on the emissions should be expected for PCBs, HCB, HCHs and PAHs
[79] because most of the reduction programmes have already been completed. The
ubiquitous presence of these persistent compounds in the European ecosystems
involve that soils, vegetation and water bodies constitute secondary emission
sources for POP re-emissions to the atmosphere [10]. This scenario outlines the
need for a comprehensive assessment of the dynamics of POPs in the European
ecosystems, particularly in the mountain areas in which freshwater is primarily
accumulated. The interdependences between long-range transport, degassing and
deposition involve a background contamination of these water bodies at the onset of
water accumulation in lakes and, subsequently, when transferred to rivers.

In this context, the progressive warming associated to human-driven climate
change may also add to the redistribution of POPs in the European environment. At
increasing ambient air temperatures, higher degassing of POP flux towards the
atmosphere in high mountain regions is expected [83]. The increase of ambient air
temperatures in the Arctic region has also been related to the re-volatilisation of POP
to the atmosphere [84]. In the European continent, the accelerated retreat of glaciers
due to higher temperature has also led to an induced release of POP to meltwater that is
reflected in the increasing POP concentrations in sediments from lakes that are fed by
this water. These changes have not been observed in lakes without glacier input [85].
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Wildfires as a Source of Aerosol Particles
Transported to the Northern European Regions

Sanna Saarikoski and Risto Hillamo

Abstract Each year large areas of forested land in Europe are burned by more than
50,000 fires. Over the past few years, climatic anomalies in temperature and
precipitation have resulted in an increase in fire events. The exceptional fire
occurrences in the 2000s and their regional consequences on atmospheric air
quality have been observed in the northern European regions. In the last 10 years
almost annually the episodes of long-range transported (LRT) biomass smokes
from Eastern European fires have been reported, exceptionally intense smoke
plumes having been detected in 2002 and 2006. Typically, the smoke episodes
occur in spring or/and late summer and they last for few days. As the particulate
matter (PM) concentrations are generally quite low in Northern Europe, the LRT
smoke plumes increase the PM concentrations in several folds even at the back-
ground sites with no local emissions. As a result, there are exceedances in the
European Union PM daily limit values, which result in serious health problems.
This chapter describes the episodes of wildfire particles observed in Northern
Europe in the last 10 years. It discusses the chemical and physical properties of
particles, the transformation during the transport as well as the methods to investi-
gate the composition and source areas of smoke plumes.
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1 Introduction

The exceptional fire occurrences in continental Eurasia in the 2000s and their
regional consequences on atmospheric air quality have been observed in the
northern European regions. Each year about 5,000 km?” of forested land in Europe
is burned by more than 50,000 fires. Wildfires occur in all European countries but
they are particularly intensive in the arid southern and eastern regions. Over the past
few years, climatic anomalies in temperature and precipitation have resulted in an
increase in wildfire events across the boreal Russian Federation. More than about
7 Mha of land are burned in Russia each year through forest fires, peat fires, and
agricultural burning [1]. The term wildfires denotes here open fires of various
vegetation, e.g., forest, grasslands, agricultural residue, and peat. Therefore, it
refers to fires caused by both natural and anthropogenic causes.

Abundance and development of biomass fires have been observed in Eastern
Europe every year by satellites. Main fire seasons are spring and late summer. Most
fires are caused by the human activity, either intentionally or accidentally. In
springtime wildfires are usually as a result of agricultural burning, a traditional
cultivation technique to burn the fields before the start of the new growing season.
That practice is illegal in the European Union but is still widely used in many
European countries. It is quite common that agricultural fires get out of control and
extend to nearby forests or human property. The uncontrolled use of fire for clearing
forest and woodland for agriculture is estimated to account for up 90% of world’s
wildfires. Russia was the largest contributor to agricultural burning globally since it
produced 31-36% of all agricultural fires in 2001-2003 [2].

The number and timing of fires vary with years, which are mainly caused by
differences in meteorological conditions. Prolonged dry and hot periods (e.g.,
summer 2002 and 2006) are favorable for fire ignition and burning. In general in
Europe, the regions most impacted by wildfire emissions, either local or
transported, are Eastern and Central Europe as well as Scandinavia [3]. In spring-
time 5-35% of the European fine fraction particles is attributable to wildfires with
the largest contribution observed in April (20-35%).

Wildfires represent a major source of atmospheric particulate matter (PM)
especially fine particles with diameter <2.5 um (PM, s). High ambient fine particle
concentrations are associated with serious health problems [4]. At times extensive
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wildfires can have a larger impact on air quality than other common anthropogenic
sources, in both urban and rural areas. Fire emissions are not just local issue since
particle emissions can be transported over long distances, leading to regionally
elevated loadings.

In Northern Europe the concentrations of particulate matter are typically quite
small compared with the more polluted regions in Europe [5, 6]. In Northern
Europe annual average PM,s concentrations are ~10 pg m in urban areas,
whereas in Eastern and Southern Europe the concentrations are two or three times
larger [7]. In areas with low local emissions the composition and the mass
concentrations of fine particles are substantially affected by the long-range trans-
port (LRT) from other areas, even from thousands of kilometers away. For example
in the urban areas of Helsinki, Finland, 64—76% of the PM, 5 mass was estimated to
originate from the LRT in 1998-2002 [8]. Regarding special pollution episodes, a
total of 27 pollution episodes were attributed to LRT in Southern Finland in
2001-2007 [9]. Half of those episodes was caused by smokes from wildfires in
Eastern Europe, and the total duration of the episodes was 26 days in 7 years time
period.

This chapter describes the episodes of wildfire particles observed in Northern
Europe in the last 10 years. Biomass fires were usually located in Russia or other
Eastern European countries but the smokes from the fires were transported to the
northern European regions. Transport of smoke plumes to Northern Europe is
typically caused by low and high pressure centers located in the northern hemi-
sphere. An anticyclonic system over northeastern Europe, the burning area, and a
low pressure center over northern Atlantic can create a strong flow from south to
north, from the fire region to Northern Europe [10]. Smoke episodes observed in
Northern Europe in late summer 2002 and spring 2006 were exceptionally intense
with the smoke being carried to regions as far as the European Arctic [10] and UK
[11] causing severe air quality deterioration. This chapter presents the smoke events
detected in Northern Europe in 2002-2010, the chemical and physical properties of
the observed LRT particles as well as the methods to investigate the composition
and source areas of smoke plumes.

2 LRT Wildifire Smoke Episodes Detected in Northern Europe
in 2002-2010

The episodes of LRT biomass burning smokes have been detected in the northern
European regions almost every year in the last 10 years (Table 1). The episodes
were observed most extensively in Finland but also in Sweden, Norway, and
Denmark. At the seasonal level, the episodes of biomass burning smokes occurred
most likely in spring, from March to May, and in late summer in August and
September. Exceptionally in 2010, the smoke plumes were detected in Kuopio,
Finland, already at the end of July [32]. The duration of the episodes varied from
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Table 1 A summary of forest and wildfire episodes detected in Northern Europe in 2002-2010

Type of
Year Month Location site® Reference
2002 Mar Ahtiri, Hyytiala, Helsinki, Virolahti, Uto (Finland) B, U [12]
Aug to Sep Ahtéri, Hyytiala, Helsinki, Virolahti, Uto, Imatra B, U [13]
(Finland)
Helsinki (Finland) U [14]
Several sites at Southern Finland U [15]
2004 Apr to May Helsinki (Finland) U [16]
Hyytiéla (Finland) B [17]
2006 Apr to May Helsinki (Finland) U [18-20]
Kotka (Finland) U [21]
Virolahti (Finland) B [22, 23]
Helsinki and Jokioinen (Finland) B,U [24]
Several sites in Sweden and in Pallas (Finland) B, U [25, 26]
Spitsbergen (Norway) B [10, 27, 28]
Aug Helsinki (Finland) U [18, 20]
Virolahti (Finland) B [22, 23]
2007 Mar Helsinki (Finland) U [9]
2008 Apr Hyytiala, Kuopio, Virolahti, Uto (Finland) B [29]
2009 Apr Helsinki (Finland) U [30]
Aug to Sep Birkenes (Norway), Hyytiala (Finland), Lille B [31]
Valby (Denmark), Vavihill (Sweden)
2010 July to Aug Kuopio (Finland) B, U [32, 33]

“B Background, U Urban

year-to-year and site-to-site. Usually elevated concentrations lasted from a day to
several days, but for example in August 2006, the average duration of intensive
smoke plumes detected in Helsinki was only few hours [18]. The source areas for all
the LRT smokes observed in Northern Europe were Russia and other eastern
European countries including, e.g., Ukraine, Belarus, and Baltic countries. LRT
smoke plumes are usually wide in size and have been observed at both the
background and urban sites (Table 1).

Typically, the LRT smoke episodes are first detected by the increase in the PM
concentration at the measurement site. If adequate real-time instruments are avail-
able, also the changes in the physical properties (e.g., particle size) and chemical
composition of particles can be observed. Every PM pollution episode observed in
Northern Europe is not associated with LRT smokes. Therefore, the origin of the
polluted air masses must be identified, e.g., by using the backward air mass
trajectory models (e.g., HYSPLIT provided by the National Oceanic and Atmo-
spheric Administration or FLEXTRA; [34]), that shows the path of air masses
before arriving the measurement site. Additionally, Web Fire Mapper (http://maps.
geog.umd.edu) shows the location and intensity of fires areas obtained from
MODerate-resolution Imaging spectroradiometer (MODIS; [10]) onboard the
satellites.
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Fig. 1 Fires in Eastern Europe detected by MODIS on 10-15 August 2002 (a) and backward air
mass trajectories to Helsinki on 13 August 2002 (b) [13]

During the last 10 years the strongest episodes caused by the LRT smokes were
observed in Northern Europe in August to September 2002 and in April to May
2006. The smoke episode in August and September 2002 was detected in Finland in
three parts: first on 12—15 August, second on 26-28 August, and third on 5-6
September 2002 [13]. The episodes were the strongest in Southern Finland, but they
were also experienced in the more northern parts of Finland. The third episode on
5-6 September was especially strong in southeast Finland where the maximum
hourly PM,, concentrations were 200-220 pg m . In addition to Northern Europe,
these major episodes in late summer 2002 were also observed in the UK [11], but
the episodes occurred in the UK almost a week later than in Finland.

August and the beginning of September 2002 were exceptionally warm and dry
in Finland and in the neighboring areas. Satellite observations indicated that there
were many forest and peat fires in Russia, Ukraine, Belarus, and the Baltic countries
(Fig. 1a) leading to the accumulation of large smoke plumes over Eastern Europe
that were later transported to Northern Europe (Fig. 1b). Results from Vilnius,
Lithuania, showed that the PM concentrations were elevated significantly close to
the fire areas [35]. Twenty-four-hour average PM rose to above 250 pg m ° at the
maximum in Vilnius in August and September 2002. In Vilnius region, more than
976 ha of land were burned in 2 months period so it is possible that smokes from
those fires were also transported to Northern Europe.

Another major smoke episode occurred in Northern Europe in late April and in
early May 2006. At that period there was a large number of fires in the Baltic
countries, Western Russia, Belarus, and the Ukraine. Compared to the spring 2002
when the smoke episode was observed in Finland already in the middle of March
(Table 1; [12]), in 2006 there was a lot of snow on the ground in Eastern Europe
until the end of March. Therefore, the farmers had to wait with the burning for the
unusually late snow melt, causing high frequency of fires at the end of April and
beginning of May.
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The duration of the smoke episode observed in April to May 2006 was extraor-
dinarily long. For example in Helsinki, elevated PM, 5 concentrations lasted almost
a period of 2 weeks [19]. There was a long-lasting anticyclonic system over
Western Russia which caused the smoke particles to be transported northward of
the burning region. During the episode the visibility decreased remarkably and the
air was dry. In Helsinki the highest 30-min average PM, s concentration was
69 ng m> [19]. Coarse particle concentration (PM, 5_;o) increased as well but
less than PM, 5. Besides in Helsinki, the smokes from biomass burning were
observed in Southern Finland in Kotka [21] and in Virolahti [22]. In Northern
Finland elevated concentrations were reported from Pallas [25].

In Sweden the spring 2006 wildfire episode was detected in two parts: first from
24 April to 3 May and later on 5-9 May [25]. The first part was observed only in the
eastern and northern parts of Sweden whereas the second part of the episode was
also noticed in Western and Southern Sweden. PM concentrations rose remarkably
in Sweden, at stations around Stockholm the PM;qy concentrations reached the
values equal to 70 pg m > being 5-9 times higher than in the reference period.
PM,( was also elevated in Denmark from 3 to 8 May with the maximum PM,,
concentrations of 7090 pg m—> [11]. In Norway PM;, levels showed a slight
increase above the baseline from 2 to 12 May but there were no obvious peaks and
the concentrations generally remained below 60 jig m . However, as aerosols were
not removed from the atmosphere to a significant extent by precipitation, a severe
air pollution episode was observed in the Norwegian Arctic at Spitsbergen on
27 April and early May 2006 [10]. In addition to Northern Europe, high particle
concentrations were also observed in other areas in Europe, e.g., in Lithuania [36],
UK, and Germany [11]. At the same time with the smoke episodes, there was also a
sudden release of pollen in European countries, mainly from birch and pine trees
[11]. Pollen was observed in the smoke plume at Spitsbergen as it was transported
across Scandinavian [10].

In contrast to the nearly constantly elevated PM concentrations in spring 2006, in
August 2006 there was a series of short-term smoke plumes. In August 2006 the
fires were close to Helsinki (~200-300 km from Helsinki; [18]), whereas in spring
the smoke particles had been in the atmosphere probably for days. Besides different
source areas and transport times, the burning material was assumed to be different
in August from spring: in spring the burning material was dry hay and agricultural
biomass from previous season, whereas in August mainly bog peat and fresh forest
were burning. The average PM, 5 mass concentration during the smoke plumes was
equal to 45 g m > in Helsinki with the highest 1-h average concentration peak
being 180 pg m > on 21 August.

In 2010 smokes from the extensive wildfires in the western part of Russia, near
Moscow, were observed in Eastern Finland, Kuopio [32, 33]. Kuopio is around
1,000 km northwest of Moscow and the transport time from the fire area was
estimated to be around 1-2 days. Especially on 2 days, on 29 July and 8 August,
the influence of wildfire smokes was clear with the highest PM, s and PM;q
concentrations around 50 and 6070 pg m >, respectively. There was a difference
in the vertical location of the plume between the 2 days. In July the plume was
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located close to the surface, mainly below 2 km, whereas on 8 August the smoke
plume had two layers; one between 1 and 2 km and the other between 2.5 and 4 km.

3 Experimental Methods

There are several methods how the physical and chemical properties of the wildfire
aerosol particles can be investigated, but only few of them are specific for smoke
components. In general, the characteristics of smoke-related aerosols can be exam-
ined with ground-based observations, remote sensing instruments, or space born
instruments. Ground-based instruments include both direct measurements (real-
time methods) and laboratory (filter/impactor-based) methods proving information
on the particles close to the ground. Remote sensing instruments, like sun photom-
eter and lidar, reveal column concentration and vertical distribution of PM layers,
respectively. Space born instruments comprise of the instruments onboard the
satellites orbiting the Earth.

3.1 Smoke-Specific Methods

Biomass burning smoke particles contain some inorganic and organic compounds
that are specific for biomass burning smoke. Monosaccharide anhydrides (MAs),
levoglucosan and its isomers mannosan and galactosan, are probably the most
exclusive tracers for biomass combustion since they are formed solely from the
incomplete burning of cellulose and hemicelluloses [37]. MAs are usually deter-
mined by using either gas chromatography—mass spectrometer [37], liquid
chromatography—mass spectrometer [31], or anion-exchange chromatography
mass spectrometer [38]. The disadvantage of using MAs for identifying the smoke
episodes is that they are usually analyzed from the filter samples, and the collection
time varies typically from a day to several days. Therefore, the sample is often a
mixture of smoke particles and the particles that are present in the background air.

In contrast to filter samples, real-time methods enable fast detection of smoke-
related particles. An aerodyne high-resolution time-of-flight aerosol mass spec-
trometer (HR-ToF-AMS) provides information on the whole mass spectrum of the
particle mass, which allows the investigation of the selected mass to charge (m/z)
ratios specific to biomass burning (m/z 60 and 73; [39]). For example, HR-ToF-
AMS enabled to study the biomass smokes with a time resolution of 5 min in April
2009 in Helsinki [30]. Water-soluble ions potassium (K) and oxalate are also often
associated with biomass burning smokes [14]. A particle-into-liquid sampler (PILS)
combined with an ion chromatograph (IC) allowed to study the evolution of LRT
smoke event in spring 2006 with a time resolution of 15 min [19]. However, neither
oxalate nor potassium is unique for the biomass burning since they have several
other origins.
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3.2 General Characterization of LRT Smoke Particles

The most often measured property of the LRT wildfire smokes is the mass concen-
tration of aerosol particles in fine (PM, s) or submicron (PM,) or in fine and coarse
size fraction together (PM;(). The mass concentration is usually determined either
with a tapered element oscillating microbalance (e.g., [19]), or with the instruments
based on PB-attenuation (e.g., [13]). In addition to mass concentration, real-time
instruments can measure other physical properties of particles, e.g., number con-
centration of particles in different size fractions using a differential mobility
particle sizer [13] or the optical characteristics of smoke by a nephelometer [32].
Ground-based instruments also include remote sensing instruments such as sun
photometers [32].

Organic carbon (OC) and elemental carbon (EC) concentrations in smoke
aerosol can be measured by using a semicontinuous thermal-optical OC/EC
instruments [18]. Water-soluble organic carbon (WSOC) and water-soluble ions
can be detected in smoke plumes with a PILS combined with a total organic carbon
analyzer [30] and IC [19]. Besides smoke-specific tracers, the HR-ToF-AMS
enables to study the concentrations of organic matter (OM), nitrate, ammonium,
sulfate, and chloride in smoke particles [30]. Black carbon (BC) can be measured in
real-time with several instruments, e.g., with aethalometer [19], multi-angle absorp-
tion photometer [29], and particle soot absorption photometer [25].

As already mentioned, smoke particles can also be studied by collecting them on
a filter and analyzing that in the laboratory. However, collected smoke particles can
transform during the sampling or sample preparation [12]. The advantage of the
filter methods is that smoke samples are available for several different chemical
analytical techniques. In addition to OC, EC, WSOC, and ions, also the elemental
composition of smoke aerosol can be determined from the filter samples [22].
Typically chemical components are analyzed from the bulk samples, but the
elemental composition can also be determined for individual smoke particles by
scanning electron microscope coupled with an energy-dispersive X-ray
microanalyzer [12]. With filter samples the composition of organic fraction in
aerosol can be explored in detail. From biomass burning samples, e.g., dicarboxylic
acids [14] and polycyclic aromatic hydrocarbons (PAHs; [23]) have been
determined.

Most widely used space born measurement for the wildfire studies is MODIS.
There are two MODIS’s onboard satellites and they cover the Earth’s surface every
1-2 days. MODIS gives information on the location of fires and also on the optical
properties of aerosol. Optical properties of the smoke particles have also been
studied by using the ozone monitoring instrument [32] onboard EOS-Aura satellite.
Cloud-aerosol lidar with orthogonal polarization provided the vertical profile of the
plume during the smoke episode in 2010 [32]. In addition to comparison with
ground-based instruments, the data from the space born instruments has been used
in the modeling of smoke plumes (e.g., [10]).
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Table 2 Physical properties and chemical components analyzed from the smoke particles in the
northern European regions

Property/chemical component Reference

Levoglucosan [9, 10, 14, 16-21, 30, 31]

Organic carbon [10, 16-21, 25, 27, 30, 31]
Water-soluble organic carbon [18-20, 27, 30]

4c [31]

BC/BCe*/EC/LAC®/BS® [9, 10, 14, 16-21, 25-27, 29-31, 33]
Tons [9, 10, 12-14, 16-23, 27, 30]
Elements [121% [13, 141% [171% [271% [21-23]
PAHs [22, 23]

Size-distribution [10, 14, 27]: [18, 20, 21, 25, 28, 32, 33]
Optical properties [10, 24, 27, 28, 32, 33]

“Equivalent black carbon
PLight-absorbing carbon
“Black smoke

“Individual particle analysis

4 Properties of LRT Smoke Particles

Particle physical properties typically change under the impact of smoke plume but
these changes may not be specific for the wildfire smoke. In addition to biomass
burning, particle mass or number concentration can increase due to the biogenic or
other anthropogenic sources, e.g., traffic or industrial emissions. Chemical compo-
sition of particles is more unique to particle source, however, particles with similar
chemistry can have different origin. Physical and chemical properties of the LRT
biomass burning particles observed in Northern Europe are discussed below.
Physical properties and the chemical components measured from the smoke
particles are summarized in Table 2. The measurements of PM mass concentrations
are excluded from Table 2 as nearly all the studies had some measurements of
particle mass.

4.1 Physical Properties

4.1.1 Particle Mass and Number Concentration

The increase of PM in air is one of the main indicators showing the presence of LRT
smoke. The increase in PM due to LRT smoke is more pronounced in PM; or PM, s,
and most of the mass is usually located in fine particles. However, elevated levels of
coarse particles have also been attributed to the LRT smoke [19]. The episodes in
April to May and August 2006 can clearly be seen in the PM; data from Helsinki for
the period of March 2006 to February 2007 (Fig. 2). Also particle number concen-
tration increases with the smoke plume but usually less than the PM mass. In spring
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Fig. 2 Daily average concentrations of PM,, organic carbon, and levoglucosan at an urban
background site in Helsinki from March 2006 to February 2007. The elevated concentrations in
April to May and in August are due to wildfires. The increase in levoglucosan concentrations
during fall and winter is caused by wood burning in domestic heating

2006 at Spitsbergen, the particle number concentrations were about ten times larger
during the plume than usually at that time of year [10].

The increase in the number concentration is more pronounced for larger
particles. In general, particle number concentration increases for the accumulation
mode particles (diameter of 0.1-1 pm) but a decrease of nucleation and Aitken
mode particles (<100 nm in diameter) has been observed during the LRT smoke
episodes. For example in Hyytiala in spring 2002, the particle number concentra-
tion increased during the smoke episode by a factor of 5.6 in the accumulation
mode, decreased slightly in the Aitken mode, and decreased strongly in the nucle-
ation mode [12]. The disappearance of the smallest particles could be due to the
condensation of gas-phase components on the larger particles that were abundant in
smoke plume. Therefore gas-to-particle conversion could not form new particles
during the smoke events. The same behavior was detected in spring 2006 at
Spitsbergen where nucleation and small Aitken mode particles were almost
completely suppressed [27] during the smokes.

Besides the growth in the number concentration, also the particle size distribu-
tion changes during the smoke episodes. In Kuopio 2010, the diameter of the
aerosol particles was twice as large during the smoke event as it was in the
background conditions [33]. In normal conditions the peak of the size distribution
was at 55 nm but during the smoke the peak shifted to 186 nm. The increase in the
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peak diameter during a LRT smoke episode can affect the amount of potential cloud
condensation nuclei. The concentration of particles larger than 100 nm in diameter,
which can be considered as a good estimate of the size of the smallest particles
contributing to cloud droplet activation, increased from 700 to 2,900 cm > from
background conditions to smoke events, respectively. That increase can have an
effect on cloud formation in suitable conditions [33].

4.1.2 Optical Properties

Smoke plumes alter aerosol optical properties. In spring 2006 at Spitsbergen,
extreme aerosol optical depth (AOD) values were measured during the two
episodes [10]. AOD was approximately a factor of 5 higher than the average values
measured at that time of the year suggesting that the smoke strongly perturbed the
radiation transmission in the atmosphere. In general, AOD has been found to have a
consistent seasonal pattern with peaking values in April and August in Southern
Scandinavia [40]. This maximum in April coincides with the snow melt and
agricultural burning season in Eastern Europe. In 2010 in Kuopio, aerosol scattering
coefficients increased more than 20 times during the smokes [33].

Aerosol optical properties have a strong impact on global warming estimates. It
has been suggested that increased pollution events from wildfires in spring will
enhance the Arctic warming [41]. However, the radiative forcing of an extreme
smoke episode, detected in spring 2006 in the Arctic, showed that instead of
warming, smoke aerosols had a strong cooling effect above the ocean [28]. A
weak heating effect was found above the area covered by ice and snow like over
Spitsbergen due to a much higher surface albedo. Biomass burning aerosols can
also cause a considerable reduction in the ultraviolet (UV) radiation reaching the
earth surface. Compared to typical aerosol conditions, a reduction up to 35% of
midday surface UV irradiance (at 340 nm) was observed in Jokioinen, Finland,
during the episode in spring 2006 [24].

4.2 Chemical Composition

Chemical composition of aerosol is strongly size-dependent. In general, fine
particles consist mostly of organic matter and secondary inorganic ions, sulfate,
ammonium, and nitrate, but also from black carbon and metals. Coarse particles are
composed of crustal material, their oxides, and large sea salt particles. Particles
from different sources, e.g., from biomass burning, traffic, industrial, or biogenic
processes, have fairly different chemical composition, but LRT wildfire smokes are
often mixed with other emissions, either in the source region or on the way to
Northern Europe, making it difficult to separate the impact of biomass burning
smokes from the other particle sources. As already mentioned, specific tracer
compounds can be used to identify particles originated from biomass burning.
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4.2.1 Carbonaceous Matter

Incomplete combustion of biomass is known to produce particulate carbonaceous
components, organic matter, and black carbon [42]. The concentration of OM
increases significantly during the LRT smoke episodes. During the major episode
in spring 2006, the observed OM concentrations were elevated by a factor of 8§ in
Helsinki (Fig. 2; [19]), factor of 5-11 in Sweden [25], and around tenfold at
Spitsbergen [10]. The concentration of OM increased more than that of PM
resulting in a larger fraction of organic matter in PM during the smokes. For
example in Helsinki, the contribution of OM to PM, 5 doubled from the reference
period to the episodes [19].

Smoke episodes have no clear effect on the general water solubility of organic
matter. In Helsinki in 2006, the water solubility of OM did not change significantly
from the reference period to the LRT smoke episodes [19]. Some water-soluble
organic compound groups were more pronounced in the smoke samples. Dicarbox-
ylic acids (succinic, malonic, and oxalic acids) were found in the smoke samples
collected in August to September 2002 in Helsinki [14]. Dicarboxylic acid
concentrations were elevated both in the fine and coarse fraction suggesting that
the acids were probably condensed onto existing particles. Especially oxalic acid
has been associated with the biomass smoke particles [19] but there are several
other sources for it. Also elevated concentrations of PAHs have been attributed to
the smoke episodes [22, 23]. Individual particle analysis revealed that during the
LRT smoke episode in spring 2004 in Hyytiala there were particles called as tar
balls, a distinct carbonaceous particle type from soot [17]. Tar balls originated from
biomass burning, especially during smoldering conditions.

Monosaccharide anhydrides are unique organic tracer compounds for biomass
burning. For example in 2006 in Helsinki, levoglucosan concentrations were
18 times higher during the plumes than in the reference period (Fig. 2; [18]).
Usually the separation of LRT smoke from the local biomass combustion is
challenging. Using the fractions of levoglucosan, mannosan, and galactosan in
the total amount of MAs, LRT smoke episodes were distinguished from the local
wood burning [38]. The proportions of MAs are different from one type of burnt
biomass to the other. The ratio of levoglucosan to galactosan was lower during the
LRT smoke plumes in April to May and in August 2006 than in the period with
residential wood combustion. That was assumed to be caused partly by the burning
of foliar material in wildfires and logs in residential combustion.

Smoke particles contain black carbon but the concentrations are lower than for
organic matter. For example in spring 2006 in Sweden, the concentration of OC
rose more significantly than that of BC resulting in lower BC/OC ratios during the
smoke episodes than in the reference period [25]. In 2010 in Kuopio, black carbon
concentrations increased around 12 times during the smoke episodes but the
fraction of BC in PM, 5 remained nearly the same [33]. In some studies similar
material to black carbon has also been measured as elemental carbon, light absorb-
ing carbon, black smoke, or equivalent black carbon depending on the measurement
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technique but here they are all referred as black carbon in order to keep things
simple.

Smoke aerosols are especially interesting in the Arctic because they have a
considerable effect on surface albedo when they are deposited on snow [10]. In
spring 2006 at Spitsbergen, the concentration of BC doubled during the smoke
plumes but a very low fraction of total carbon (TC; OC + BC) consisted of BC
during the event. The low fraction for BC was suggested to be due to the condensa-
tion of secondary organic material during the transport [10]. The low fraction of BC
in smoke can also be related to the burning conditions. In August 2006 in Helsinki,
BC concentrations did not increase notably, which indicated that the wildfires were
smoldering-dominated, whereas is April to May burning occurred in flaming
conditions resulting in higher BC concentrations [18].

4.2.2 Inorganic Fraction

Elevated levels of inorganic secondary ions, sulfate, nitrate, and ammonium, have
been associated with the LRT biomass smoke episodes. The presence of a lot of
secondary inorganic ions has been speculated to be biomass burning emissions
mixed with other emission sources during the transport [14, 16]. However, it is
possible that the elevated concentrations of inorganic ions are fire related. The
agricultural areas in Eastern Europe receive large nitrogen loads from fertilization
and from atmospheric deposition. Nitrogen oxide (NO,) emissions from the fires
can be unusually high in such conditions. Similar to nitrate it is possible that there is
some re-emission of deposited sulfur by fires. In case of spring 2006 episodes, it
was quite likely that the biomass burning emissions made a significant contribution
to the measured values even for sulfate and nitrate [10]. In August 2006, high nitrate
concentrations in the plumes were speculated to be caused by high nitrogen content
of burnt biomass material rather than the nitrate formation via NO, emissions [18].
This statement is supported by the fact that relative low burning temperature of
wildfire does not favor NO, formation in flame.

Potassium has been used as an inorganic tracer for biomass burning. In Helsinki
during the smoke episodes in August to September 2002 and April to May 2006, the
concentration of water-soluble potassium increased clearly [14, 19]. A high portion
of K in smoke-related particles has also been observed in individual particle
analysis [12, 13], but the percentage of K was different in LRT-episode observed
in March 2002 and in August to September 2002. Similar to BC, a reason for the
difference was speculated to be dissimilar burning conditions. Smoldering burning
conditions are more dominant in boreal forest fires and peat fires (in August to
September) than in agricultural waste fires (in March) that mainly burn in flaming
conditions. The fraction of K is lower in the emissions from smoldering fires than
those from the flaming fires [13].

In August to September 2002, there was calcium (Ca) in the PM;, samples
indicating that Ca-rich particles in coarse size fraction can originate from the forest
and peat fires [13]. Coarse particles generated in biomass combustion are either
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residual ash, plant tissues released due to incomplete combustion, or soil particles
suspended by physical mechanisms. Coarse particles are usually redeposited to
the ground close to the emission source but they can also be transported to long
distances under favorable conditions. Besides biomass burning, Ca-rich particles
are emitted from many other sources, including fossil fuel burning and the cement
and metal industries. In August to September 2002, there were also a lot of crustal
elements (Fe, Al, Cd, and Si) in both fine and coarse particles collected in
Helsinki [14].

Usually urban aerosol in fine fraction is neutral. However, in the smoke plumes
observed in August 2006 in Helsinki, there was an excess of cations, mainly
ammonium [18]. These particles can be good sites for various heterogeneous
reactions involving acidic trace gases. In August 2006 smoke particles had
transported only a short distance, and therefore there were probably still plenty of
gaseous smoke compounds that had not yet reacted with the particles.

4.3 Transformation During Transport

After release from fires, organic and some inorganic components undergo rapid or
more delayed chemical transformation in the atmosphere. The physical properties
as well as chemical composition of smoke particles may alter on the way from the
source areas (biomass burning areas) to the measurement sites in Northern Europe.
There are several reasons why particle properties change. Chemical components
can, e.g., become oxidized or substituted in particles, but also the condensation of
secondary material onto the LRT particles during the transport changes the particle
properties.

It has been suggested that levoglucosan degrades during the transport [10]. In
spring 2006 at Spitsbergen, the ratio of levoglucosan to carbon monoxide was more
than an order of magnitude lower than the emission factor for levoglucosan from
agricultural biomass burning determined earlier. Since the LRT smoke aerosol was
assumed not to be removed during the transport, the low emission factor for
levoglucosan indicated the degradation during the transport. It has been suggested
that levoglucosan may decay in the atmosphere, e.g., by the influence of hydroxyl
radicals [43].

Oxidation of organic compounds during the transport changes their water solu-
bility. Two smoke episodes detected in 2006 in Helsinki had significantly different
transport times, and therefore also the water solubility of OM. In spring the biomass
smokes were carried in the atmosphere several hundreds of kilometers in a time
period from 1 day to 4 days whereas in August 2006 the fires were only 200-500 km
from Helsinki with a minimum transport time of 5 h. In spring the contribution of
water-soluble organic compounds was higher (70%) than in August (56%)
indicating that the organic compounds were much less oxidized after the transport
of only the few hours in August, and therefore they were still largely water
insoluble [18].
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In addition to organic compounds also inorganic components may change during
the transport. Potassium chloride (KCl) occurs in young smoke, whereas increased
amounts of potassium sulfate (K,SO,4) and potassium nitrate (KNOj3) are present in
old smoke. This is due to the rapid substitution of chloride by sulfate and nitrate in a
smoke plume. That behavior was seen in Helsinki in March 2002 when sulfur-rich
particles collected during the smoke episode contained very little chloride because
it had already depleted during the transport [12].

The size distribution of LRT smoke particles may change during the transport
[28]. By comparing the data from Spitsbergen to that from the fire area (Minsk in
Belarus and Toravere in Estonia), it was found that the average median radii for the
fine mode decreased from the source area (0.16 um) to Spitsbergen (0.12 pm)
during the episode in spring 2006. Same behavior was also seen for the coarse
mode; however, the main difference between the size distributions was for the
mode centered in 5—7 pm that was not found at Spitsbergen at all. In fire areas, the
fine and coarse mode concentrations were approximately ten times higher during
the smoke events than in the reference days, whereas at Spitsbergen the fine mode
concentration increased by a similar factor but the coarse mode was only 1.5-2
times higher during the most intense episode. Thus, even though both fine and
coarse mode aerosols were emitted during the fires or were produced by dynamic
processes in the fresh smoke, coarse aerosols were deposited during the transport to
Spitsbergen whereas smaller aerosols had longer atmospheric residence times and
therefore were drifted in the plume into the Arctic region. Deposition of coarse
particles during the transport was also seen in optical properties of smoke aerosol.
Single scattering albedo (SSA) increased with the distance from the fire source [28].
The increase in SSA indicated that the oxidation and transport of the aerosols from
the source area towards the Arctic reduced the absorption of particles, whereas the
scattering process became more dominant. Reduced absorption was explained by
the deposition of coarse particles that probably had some absorbing aerosols.

S5 Modeling

In order to show the dispersion of plumes originated from the fires, LRT smoke
plumes have been modeled. FLEXPART particle dispersion model was used to
indicate that the smoke was transported from detected source region to Spitsbergen
and Iceland in spring 2006 smoke [10]. In addition to the dispersion of smoke, the
fire-related PM concentrations in the smoke plumes can be modeled. For example
in Helsinki during the episode in April to May 2006, the Finnish emergency and air
quality modeling system SILAM [44] and during August 2006 episode the fire
assimilation system (FAS; [45]) were used to forecast the PM, 5 concentrations
generated by biomass burning [18, 19]. In general, SILAM and FAS were able to
reproduce PM concentrations, even though gaps were obtained in the modeled time
series due to diverse reasons. Receptor modeling (e.g., positive matrix factoriza-
tion; PMF) can be used to find out the contribution of smoke to the observed PM
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concentrations as well as to explain the chemical components attributed to biomass
burning smokes [22]. PMF was applied to two data sets obtained from Virolahti in
2006. For spring data PMF yielded five sources for PM; of which one was biomass
fires, whereas for August 2006 data three factors were resolved of which one was
smoke from biomass fires. In total LRT smoke explained 65% of the total variation
of PM;( in August 2006 in Virolahti.

6 Health Effects

Health effects of residential wood combustion have been investigated broadly (e.g.,
[46]) but there are fewer studies devoted to the health impacts of LRT biomass
smokes. Compared to residential wood combustion, the material burnt as well as the
burning conditions are different in wildfires, and therefore also emissions differ.
Emissions from residential wood combustion are usually quite fresh at the expo-
sure, whereas LRT smoke particles may have been oxidized during the transport
and therefore transformed to more water-soluble form, which may change the
toxicity of particles. The exposure to LRT smoke is typically infrequent and lasts
only from few hours to several weeks. However, during the smoke episodes
ambient PM concentrations can be several times higher than that at any other
time. The challenge in assessing the health impacts of LRT biomass smokes is
that the emissions are often mixed with other particulate anthropogenic emissions,
road dust, ozone, or even pollen. Especially in summertime, the smoke episodes are
also often related to high ambient temperatures making the discrimination between
the effects of smoke and heat wave difficult.

Smoke particles have acute health effects like the irritation of eyes and airways,
but the exposure to the elevated concentrations of smoke-related particles for a long
period can also cause morbidity and mortality. In Lithuania in August to September
2002, nearby biomass fires increased respiratory and asthma complaints in the
health centers significantly [35]. There were 20 times higher number of respiratory
diseases and bad asthma than a year earlier, and the negative health impacts became
more abundant when the exposure time to elevated ambient pollutants increased. In
case of LRT smoke episode observed in August to September 2002 in Finland, a
total of 3.4 million people were exposed to the elevated levels of PM, 5 [15]. It was
estimated that the episode caused 17 excess deaths in Southern and Eastern Finland
where elevated PM, s levels were measured. That estimation was calculated assum-
ing 1% increase in mortality per 10 ug m > of PM, s. In general, LRT air pollution
has a significant impact on excess mortality in Finland. Over half of all premature
deaths due to anthropogenic primary PM, 5 are estimated to be related to PM, 5
emissions transported to Finland from other European sources [47].

In toxicological cell or animal studies LRT smoke particles have shown
contrasting effects. Aerosol particles collected during the LRT episode in August
to September 2002 in Helsinki had significantly lower activity in cytokine produc-
tion than the corresponding particles in that season on average. Lower activity was
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suggested to be due to the chemical transformation of the organic fraction during
the transport [48]. However, due to the increased PM concentration in the accumu-
lation mode, the smoke episodes can be assumed to be associated with enhanced
toxic potential per inhaled cubic meter of air, which may have public health
implications. Biomass burning smoke consists of a mixture of different chemical
components. In case of Californian wildfires in 2008, PM in coarse size fraction was
found to be highly toxic to lung cells (macrophages), the active components being
heat-labile organic compounds [49]. In general, there is no reason to assume that the
biomass burning-related particles are less dangerous than particles from other
sources [46].

7 Conclusions

LRT pollution from the wildfires has been observed in the northern European
regions almost every year and recognized as one significant source of atmospheric
pollution. As the PM concentrations are typically quite low in Northern Europe, the
LRT smoke plumes increase the PM concentrations in several folds even at
background sites with no local emissions. During the LRT smoke episodes daily
average PM, 5 concentrations typically reach 30-50 pg m >, which is approxi-
mately three- to sixfold compared with the annual mean PM, 5 concentration and
can result in exceedance in the European Union PM; daily limits. The chemical
composition of smoke particles differs from that of particles usually measured at the
site. That probably has an effect on the toxicity of PM, however, the overall
harmfulness of breathing smoky air is probably caused by much increased PM
mass in a cubic meter of inhaled air. The most visible effect of the arrival of smoke
plume is the smell of especially fresh smoke and decreased visibility but LRT
smoke also causes acute health effects, morbidity, and premature deaths in the
northern European countries.

Hot and dry meteorological conditions in summer increase the extent of
observed biomass fires. For example, the summer of 2010 was exceptionally
warm in Eastern Europe and large parts of Russia. With climate change such
extreme events are predicted to increase and by the end of the century heat waves
of this magnitude are expected to occur every decade [50]. For European Arctic the
transport of smokes from more frequent biomass fires may affect the global climate
change. Whether the Arctic is getting warmer or colder because of the smoke events
is still under evaluation.

Wildfires have the most significant impact on people in the region close to the
fires, but as being a transboundary pollutant, smoke also causes troubles thousands
of kilometers away from the burning. In order to avoid air quality deterioration both
in the areas near the fires as well as in distant countries, people need to be enforced
to change the current agricultural burning practices as well as extinguish existing
fires more efficiently.
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Residential Wood Burning: A Major Source
of Fine Particulate Matter in Alpine Valleys
in Central Europe

Hanna Herich and Christoph Hueglin

Abstract Residential wood burning is one of the important sources of ambient
particulate matter (PM) in many European regions. Besides total PM, residential
wood burning is at many locations an important source of other air pollutants such
as polycyclic aromatic hydrocarbons (PAHs), benzene, particulate organic carbon
(0C), and black carbon (BC), especially in regions such as the Alpine region, where
wood fuel is, on one hand, traditionally used for domestic heating during the cold
season in small stoves and, on the other hand, meteorological conditions during
winter are often favourable for accumulation of wood smoke in a shallow boundary
layer. As a consequence, wood burning in the Alpine region can be the dominating
source of PM, OC, and BC during the cold season. This is true for both larger cities
and small villages in rural areas. The absolute contribution of wood burning
emissions to particulate air pollutants tends in rural environments to be even larger
than in urban areas. This chapter gives an overview about the results of studies on
ambient particulate pollutants from residential wood burning in the Alpine region.

Keywords Black carbon, Organic carbon, Particulate matter, Residential wood
burning
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1 Introduction

Fine particulate matter (PM) is well known to cause serious negative impacts on
human health [1-4]. As a consequence, ambient PM concentrations are regulated in
many countries worldwide. For example, air quality standards for the mass concen-
tration of particles with aerodynamic diameter less than 10 pm (PM10) are in the
European Union set to 40 pg/m’ (annual mean) and 50 pg/m’ (daily mean). In the
USA, the daily limit value for PM10 is 150 pg/m3; in addition, the mass concentration
of the finer fraction of particulate matter PM2.5 is not allowed to exceed 35 pg/m®
(annual mean) and 15 pg/m3 (daily mean), respectively. The World Health Organi-
zation (WHO) has set air quality guideline values for the annual mean and daily mean
concentrations of ambient PM10 (PM2.5) at 20 pg/m® (10 pg/m>) and 40 pg/m’
(20 pg/m?), respectively [5].

During the past two decades, actions have been taken in Europe and in other
regions to reduce the emissions of primary PM and precursors of secondary
particles that are formed in the atmosphere by gas-to-particle conversion or
condensation of gaseous compounds on existing aerosol particles. Air pollution
abatement strategies in Europe have been targeted on the reduction of emissions
from known anthropogenic sources (e.g. road traffic, power plants, industrial
processes) and substantial reductions of the emissions of precursor gases such as
SO,, NO, and volatile organic compounds (VOCs) have been achieved. Conse-
quently, the PM10 concentrations in Europe showed generally a downward trend
during the 1990s, this trend seems to have leveled off since then [60, 61]. Never-
theless, air quality standards are still regularly exceeded in wide parts of Europe.

Today, residential wood burning (WB) is one of the important sources of ambient
PM in many European regions as shown in various publications [6—10]. According to
Simpson et al. [10] and references therein, wood burning is responsible for 30% of
PM at rural and natural sites in Europe. Besides total PM, residential wood burning is
at many locations an important or even dominating source of other air pollutants such
as polycyclic aromatic hydrocarbons (PAHs), benzene, particulate organic carbon
(OC) and black carbon (BC). A review article by Naeher et al. [11] provides an
overview about health effects of the entire mixture of gaseous and particulate air
pollutants on wood burning emissions, typically denoted as wood smoke.

Especially in regions such as the Alpine region, where wood fuel is, on the one
hand, traditionally used for domestic heating during the cold season in small stoves
and, on the other hand, meteorological conditions during winter are often
favourable for accumulation of wood smoke in a shallow boundary layer. As a
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consequence, wood burning can in the Alpine region be the dominating source of
PM, OC and BC [12-15]. This chapter gives an overview about the results of
studies on ambient particulate pollutants from residential wood burning in the
Alpine region.

1.1 Fine Particulate Matter From Wood Burning

The chemical composition of fine particulate matter from wood burning depends on
many factors such as the type of wood burning appliance, fuel type and the
combustion conditions [16]. Incomplete combustion conditions as often prevailing
in small residential wood stoves lead to emissions of refractory carbonaceous
particles denoted as black carbon, elemental carbon (EC) or soot and also particu-
late organic carbon including constituents of high toxicity [17, 18]. Under incom-
plete combustion conditions, VOCs present in wood smoke can act as precursors for
secondary organic aerosol (SOA) formation. The contribution of SOA to total wood
burning-related PM may even be larger than that of primary particles [19].
Depending on the burning processes wood burning emissions can also be
dominated by incombustible inorganic compounds such as potassium and calcium
salts and oxides. This is, for example, the case during constant and ideal burning
conditions occurring in larger wood-firing appliances (e.g. boilers). Inorganic PM
from wood burning is typically considered to be less harmful than the carbonaceous
fraction. Particle diameters of both primary and secondary PM from wood burning
are predominantly in the lower range of the accumulation mode and therefore have
atmospheric lifetimes of several days.

1.2 Volumes of Wood Fuel and Used Appliances

In central Europe the use of wood fuel varies widely between the countries. For
some of the Alpine countries statistics about the amount of wood used as fuel is
available [20]. According to this publication the use of wood for energy production
is currently about 41 Mm? in France, 30 Mm® in Germany, 14 Mm? in Austria,
4.5 Mm® in Switzerland and 2 Mm® in Slovenia. From this total consumption,
private households account for 90% of the wood in France, 44% in Germany, 59%
in Austria, 34% in Switzerland and 75% in Slovenia. The remainder is used in
power plants, for heat production and other industrial appliances.

The use of wood for heating purposes in the Alpine region has a long tradition
and is still very popular because wood is a renewable and locally available source of
energy. However, detailed numbers about the temporal development of installed
and used wood burning appliances in Alpine countries are difficult to obtain. For
Switzerland, detailed wood energy statistics has been published on an annual
basis since 1993 by the Swiss Federal Office of Energy. These reports provide an
inventory of the wood burning appliances used in the country as retrieved from
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evaluations of sales volumes and other sources of information. The report for 2011
shows the changes in the stock of different types of wood burning appliances [21].
According to BFE [21], there are currently 630,000 wood burning appliances
installed in Switzerland, the stock decreased by 8.9% since 1990. However, the
meteorologically adjusted annual use of wood increased in Switzerland by 36.9%
since 1990 to the above-mentioned 4.5 Mm? in 2011. In Switzerland, there is a clear
trend to larger automatic furnaces (heating power > 50 kW) and the stock
increased since 1990 by 219%. In contrast, medium-sized wood fired building
heating systems (heating power < 50 kW) decreased since 1990 by 53.9%, the
number of installed small wood stoves and fireplaces remained between 1990 and
2011 about constant (+2.9%).

2 Methods for Quantification of Source Impacts

2.1 Emission Measurements

Emissions from fireplaces and stoves have been reported in several studies testing
furnaces and wood fuel typical for different areas of the world. Wood smoke
emissions typical for central Europe were investigated by Schmidl et al. [22, 23].
In these studies, different common European wood types were analysed to derive
chemical profiles of wood combustion emissions for various types of wood. An
overview of the fuel wood types used in the Alpine countries is given by Kistler
et al. [24]. In the above-mentioned emission studies, wood has been burnt in a tiled
wood stove [22] and in two automatically and two manually fired appliances [23].
The authors found a high variability for the emissions from small-scale manually
fired wood combustion appliances in the performed individual tests.

In addition to the emission studies, information on the chemical signature of PM
from wood burning is available. For example, organic aerosol mass spectral
signatures from wood burning emissions were described by Alfarra et al. [25] and
Weimer et al. [26]. Weimer et al. [26] found a larger influence of the burning
conditions (flaming phase and smouldering phase) on the mass spectra than of the
wood type used. Heringa et al. [27] have shown in smog chamber studies that
aerosol mass spectra can be used to discriminate SOAs from different sources of
precursors.

Emission studies are important for understanding the factors determining wood
burning emissions (e.g. technology, operation practise, fuel type and quality) and
for quantification of emission factors. Moreover, emission studies can provide
chemical source profiles that can be used in source apportionment approaches
such as chemical mass balance (CMB). However, data derived from emission
studies depends strongly on the conditions the measurements have been performed
(e.g. sampling temperature, applied dilution factors), and they typically do not
account for chemical changes occurring in the atmosphere (e.g. SOA formation)
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which is of high importance for the determination of the influence of wood burning
emissions on ambient air quality.

2.2 Emission Factors: Examples for Austria, Germany
and Switzerland

As indicated above, emissions of PM from wood burning (i.e. emission factors) are
highly dependent on various factors. In order to provide some insight into the
variability of PM emission factors from wood burning typical for the Alpine region,
results from studies in Austria, Germany and Switzerland are summarised.

For Austria latest emission factors are only available from the late 1990s [28, 62].
At that time, automatic boilers were hardly considered. The publications give
estimates for the total suspended particulates from wood burning which are
148 kg/TJ for small stoves and 90 kg/TJ for central heating systems. Emission
data from 2005 is available from studies in Germany [29]. In this report, device-
specific wood burning emissions factors are given, the reported emission factors
range from 57 kg/TJ for pellet stoves to 142 kg/TJ for and manual loaded boilers.

For Switzerland particulate emissions from the most common wood burning
devices are the following: open stoves 100 kg/TJ, tiled stoves 100 kg/TJ and wood
chips (<1,000 kW) 90 kg/TJ [63, 30]). Further detailed and device-specific wood
emissions are given in the corresponding publications.

2.3 PM Source Apportionment Methods

Several studies have recently focused on determination of the contributions of the
main sources of PM and the total carbonaceous fraction (carbonaceous matter, CM)
in ambient air at receptor sites. Although the contribution of WB to PM and CM
cannot be determined directly, various methods for source apportionment based on
statistical approaches and on single or multiple specific tracers are available and
have been applied in the past. All of these methods have advantages and limitations,
a problem that is common to all of them is — that validation of the results is not
possible due to the absence of a “correct” determination method. Therefore,
plausibility checks and comparisons of results obtained with different methods
are important for quality control.

A widely used approach for estimation of source contributions at receptor sites is
receptor modelling [31, 32]. In receptor models, source contributions are estimated
based on the measurements of various chemical constituents in a sufficiently large
number of ambient PM samples, often filter samples that are collected during 24 h.
Depending on the available knowledge about the main sources, CMB or multivari-
ate statistical models can be applied: CMB requires a priori knowledge of the
chemical profile of all relevant sources, i.e. the percentage of the chemical
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constituents measured in the ambient samples in unit emissions of all different
sources [32]. The required source profiles can be either obtained from
measurements at single emission sources or taken from literature [33, 34]. In
contrast to CMB, multivariate statistical models only require qualitative or semi-
quantitative a posteriori information about the source emission profiles. Both,
source profiles and contributions of the sources are estimated based on the chemical
speciation of ambient particulate matter as measured at the receptor site. A widely
used receptor model is positive matrix factorization (PMF), [35, 36]. Applications
of PMF for source apportionment of ambient particulate patter are, for example,
presented by Lee et al. [37] and Pandolfi et al. [38]. It is important to note that CMB
and multivariate receptor models rely on the assumptions that characteristic and
constant source profiles exist and that the mass of the considered chemical
constituents of PM is conserved during transport from the source to the receptor
site. Besides determination of source contributions to total PM mass concentration,
CMB and multivariate receptor models also allow for quantitative source
attribution of the considered chemical constituents such as organic carbon (OC)
and elemental carbon (EC).

PMF has successfully been applied to data from aerosol mass spectrometers
(AMS, Aerodyne Research Inc., Billerica) for identification of the main sources of
particulate organic matter, OM [9, 12, 39]. AMS instruments allow measurement of
the mass spectra of the non-refractory fraction of approximately PM1 with high
temporal resolution and determination of the concentration of particulate OM,
which can be converted to OC by multiplication by a conversion factor [40].

An alternative to the above described approaches is the radiocarbon method
that allows a distinction of contemporary carbon (from biogenic emissions and
combustion of biomass) and carbon from combustion of fossil fuels in particulate
carbonaceous matter [15, 41, 42]. In contrast to fossil fuels where the 14C isotope is
completely depleted, CM emitted from WB shows a contemporary radiocarbon
level. Radiocarbon measurements are often combined with measurements of com-
plementary source specific tracers (macro-tracer) for additional information of
source impacts [14, 43, 44].

The so-called aethalometer model (AE model, see [12, 45-47]) is another method
for the distinction between light absorbing carbon (or black carbon, BC) from wood
burning and combustion of fossil fuels. The AE model relies on the stronger light
absorption of aerosol particles emitted from WB in the ultraviolet (UV) compared to
aerosol particles from fossil fuel (FF) combustion. Multi-wavelength aethalometers
such as model AE-31 from Magee Scientific Corporation (Berkeley) continuously
measure the aerosol light absorption at several wavelengths (4). With known
Angstrom exponents for aerosol particles from FF combustion and WB, assumption
of the Lambert-Beer law and the absorption coefficients b,,s(4) measured at two
different wavelengths, the contribution of WB and FF to b,,5(4) can be determined.
The BC mass concentration can then be obtained from b,,s(1) divided by the mass-
specific aerosol light absorption cross section o,,s. BC is consistent with EC if o, is
calculated from EC analysis (e.g. thermal optical transmission method). In summary,
the AE model allows the determination of EC from wood burning.
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Finally the so-called mono- and macro-tracer approaches can be applied for
determining source contributions. These methods rely on the fact that a number of
chemical compounds can be directly linked to biomass combustion emissions. For
example, ambient concentrations of water-soluble potassium, certain PAHs,
anhydrosugars and many other tracers have been used as indicators for the impact
of biomass burning. When the fractions of one of these tracers in PM and carbona-
ceous aerosols emitted by wood burning are known (emissions ratios), the contri-
bution of wood burning at a receptor site can be calculated based on the
concentration of the considered tracer (mono tracer method).

Levoglucosan is the most commonly used mono tracer for wood burning, as it is
almost exclusively formed during cellulose pyrolysis. Other tracers for biomass
combustion, e.g. water-soluble fraction of potassium, can also originate from other
sources than biomass burning such as soil dust, emissions from incinerators and
meat cooking [48, 49]. Since levoglucosan is a specific tracer for wood combustion
emissions, measurements of the concentration of levoglucosan in ambient air have
often been used for estimation of the impact of this source on PM [7, 50, 51].

Instead of single tracers, a set of (macro) tracers such as OC, EC and
levoglucosan can be used for source apportionment [43]. In this so-called macro-
tracer approach (MTA), the individual tracers are weighted according to published
emission ratios. Optionally, the weighting factors can be further tailored according
to local conditions [52] or constrained in sensitivity studies to derive an optimal
solution [14].

3 Overview of Published Studies on the Impact of Wood
Burning Emissions on Particulate Air Pollutants

3.1 Measurement Sites and Data

During the last decade several publications highlighted the influence of wood
burning on air quality at various sites in the Alpine region. These studies were
focusing on different size fractions, i.e. PM10, PM2.5 or PM1. In the following the
results on the contribution of wood burning emissions to EC, OC and PM will be
presented.

These results are taken from a total of 18 publications that were found in a
literature review. The corresponding measurements were performed at 27 sites in
the Alpine region. Figure 1 shows a map of the sampling locations, the sites are
additionally listed in Table 1. The measurement sites represent different air pollu-
tion situations such as remote, rural, suburban, urban background and urban
roadside sites.

The time duration of the measurement campaigns and the sampling intervals are
different depending on the considered studies. PM sampling was restricted to
wintertime, when emissions from wood burning can be expected to be largest
[10]. Exceptions are annual average contributions of wood burning emissions to
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Fig. 1 Map of sites in the Alpine region where results on the contribution of wood burning
emissions to PM, OC and EC have been reported

PM10, OC and EC at the Northern Italian sites in Milan, Sondrio and Cantu as
reported by Piazzalunga et al. [52].

3.2 Impact of Wood Burning Emissions on Air Quality

Table 1 summarises the results of 18 publications on the impact of wood burning
emissions on PM, OC and EC at sites in the Alpine region, denoted here as PM,,y,
OCyp and EC,,, respectively. The table provides (subject to data availability)
absolute contributions from wood burning emissions at 27 measurement sites.
In addition relative contributions from wood burning emissions to total EC, OC
and PM are presented together with the concentrations of wood combustion tracers
levoglucosan and water-soluble potassium as well as the ratio of levoglucosan and
mannosan. For all sampling stations, the site type, the PM size-cut, the measure-
ment season and references are also listed. The applied source apportionment
approach is given, further details can be found in the corresponding publications
as well as in Sect. 2.3. Some sites appeared repeatedly in different studies with
different sampling periods. These stations appear in Table 1 repeatedly.
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Fig. 2 (a—c) Absolute as well as relative contribution of PM, OC and EC emitted from wood
burning at various sites in the Alpine region. The letters in brackets refer to the references in

Table 1

3.21 PM from WB

Figure 2a provides the average contribution of wood burning emissions to PM as

listed in Table 1. The absolute contributions of PMy,;, show a very wide range from

0.4 pg m " at a remote site in Northern Italy to 35.1 pg m " at a site in the French

Alps that is highly impacted by wood burning emissions. The corresponding

relative contributions of PMy,, range from 9% to 88%. The relative contribution

larger than 100% at the station Lescheraines in France results from a special

situation at this site and resulting limitations of the applied source apportionment
method (see [53]). Generally lower contributions of PMy;, to PM were reported at

urban or suburban sites north of the Alps with PM,,;, during wintertime about or less
than 7.3 pg m > (relative contribution about 12-20%). The highest contributions

from wood burning to PM were reported from sites in the French Alps and sites in

villages in Alpine valleys, e.g. in Roveredo (Switzerland).
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3.2.2 OC from WB

Figure 2b illustrates the contributions of wood burning to OC in the Alpine region
as reported in literature and presented in Table 1. Absolute OC,,, concentrations
range from below 1 pg m™> at remote sites up to 20 pg m . The highest
concentrations of OCwb (above 10 pg/m*) were found at the French sites in
Lanslebourg, Lescheraines and Passy, at the Northern Italian site Ispra, and at the
site in Moleno in Southern Switzerland. These stations are located at the edge of the
Alps or in Alpine valleys and are often influenced by periods with strong thermal
inversions leading to high concentrations of CM and PM.

Relative contributions of OC,,, to total OC are 11-31% at remote sites, 17-91%
at rural sites and 28-61% at urban background sites. The contribution of OCy;, to
OC is comparatively small at the urban sites north of the Alps. For example, at the
Swiss sites in Basel, Bern and Zurich, and the Austrian sites in Salzburg and Vienna
the contribution of OCy, to total OC was found to be in the range from 33% to 54%.

3.2.3 EC from WB

The contributions of wood burning to elemental carbon at the sites listed in Table 1
are shown in Fig. 2c. The highest average concentrations of EC,, (i.e.
concentrations above 1 pg m®) have been found at rural or urban background
sites in Southern Switzerland (Magadino, Moleno and Roveredo), Northern Italy
(Sondrio and Ispra) and Zagorje in Slovenia. All these sites are located in Alpine
valleys or at the foothills of the Alps. Such locations support the accumulation of
pollutants due to reduced air mass exchange, the dominating fraction of EC,,
originates very likely from local sources. The relative contribution of wood
burning-related elemental carbon to total EC tends to be at these sites also high
but depends also on the proximity to road traffic which is typically the most
important source of EC.

3.2.4 Comparison Between Site Types

Most of the sites considered in the presented summary of studies on the influence of
wood burning emissions on air quality represent rural or urban background
situations (see Table 1). Figure 3 shows a box plot of the reported average
contributions of wood burning emissions to PM, OC and EC separately for these
two site types. Figure 3 includes only results from studies using PM2.5 and PM10 in
order to improve the comparability of the concentration values reported by the
different studies. For EC and OM most of the mass concentration in PM10 is
already found in PM2.5 [58, 59]. Note that PM2.5 to PM10 ratios in Europe
range from 0.5 to 0.9 [64]. Figure 3 shows that absolute concentrations of PMy,y,
OC,y and EC,, tend at rural sites to be higher than in the urban background. The
higher concentrations at rural sites might reflect the traditional and until today still
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Fig. 3 Box plot of EC,,, OC,,;, and PM,,;, from rural and urban background sites measured in
PM10 and PM2.5. Red line: median, edges of the box are the 25th and 75th percentiles, whiskers
extend to the most extreme data points not considered as outliers, outliers are plotted individually

widespread use of wood for residential heating in the Alpine region, often burnt in
small stoves or fireplaces at poor operating conditions. It is clear from the absolute
contributions of wood burning emissions to the particulate air pollutants as shown
in Fig. 3 that wood burning is during wintertime a major and probably at many rural
sites dominating source of ambient particulate matter and carbonaceous aerosols.

3.2.5 Diurnal Variations of Elemental Carbon from Wood Burning

Emissions from wood burning vary strongly during the course of the day. The
analysis of data from an aerosol mass spectrometer and from an aethalometer is
capable of providing source contributions with sufficient temporal resolution to
resolve diurnal variation of source contributions. Recent publications show that the
highest concentrations of wood burning constituents occur primarily during evening
hours, wood burning-related evening peak contributions were found to occur later
than the traffic-related evening peaks [9, 45-47].

Here we present diurnal variations of ECyp with exemplary data from the Swiss
stations Payerne, Magadino and Zurich. The contribution of WB to ECwg was
obtained from continuous optical absorption measurements at several wavelengths
during wintertime (December 2010 to February 2011), the data analysis was
performed as described in detail by Herich et al. [45]. The resulting diurnal cycles
of ECwg in Payerne, Magadino and Zurich are shown in Fig. 4, the results are
separately shown for weekdays and weekends. The diurnal variations are similar at
all three locations. Apart from the prominent evening peak, concentrations are
slightly enhanced prior to noon. Lowest concentrations occur during the afternoon.
The diurnal variations are for weekdays and weekends very similar. For all stations
daily minimum and maximum concentrations differ by a factor of about 2-3.
The enhanced concentrations in the evening may to some extent occur due to
meteorological conditions, e.g. a lower mixing layer height can limit dilution
processes during the night.
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Fig. 4 Diurnal cycles of ECyyg at the Swiss measurement sites Payerne, Magadino and Zurich as
obtained using the aethalometer model (see Sect. 2.3). The diurnal cycles are shown for weekdays
and weekends during winter 2010/2011 (December, January, February)

4 Conclusion

The results of the available studies on the influence of residential wood burning on
the concentrations of particulate matter, organic carbon and elemental carbon
clearly show that this emission source is an important factor for air quality during
wintertime in the entire Alpine region. This is true for both, larger cities and small
villages in rural areas. The absolute contribution of wood burning emissions to
particulate air pollutants tends in rural environments to be even larger than in urban
areas. This is probably, on the one hand, due to the high contribution of wood
burning to the energy supply in many villages in the Alpine region and the high
fraction of small wood burning appliances that are difficult to operate with low
emissions. On the other hand, the meteorological situations often prevailing in
loosely populated Alpine or Pre-Alpine valleys during wintertime favour the
accumulation of local emissions in a shallow boundary layer, thus leading to poor
air quality in these locations.

It is clear from the findings of the studies considered in this overview that
strategies for the abatement of particulate air pollution in the Alpine region need to
target on reducing emissions from residential wood burning. However, implementa-
tion of efficient measures is hampered by the fact that wood is a locally available fuel
and its usage has a long tradition in the Alpine region. In addition, there are
conflicting interests between air quality and climate issues that need to be resolved
because there are good reasons to use wood as a renewable source of energy.
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Ammonia Emissions in Europe

Carsten Ambelas Skjgth and Ole Hertel

Abstract Ammonia emissions are mainly related to agricultural activities, and
depositions related to these emissions constitute a treat to local ecosystems but
possibly also to human health through the contribution for formation of secondary
fine fraction particles in ambient air. European ammonia emissions are highly
heterogeneously distributed, and the temporal variations in these emissions follow
very different pattern as a result of differences in climate but also as a results of
significant differences in agricultural practice over Europe. A minor fraction of
ammonia emission is related to nonagricultural sources, especially traffic. These
sources are mainly found in areas with intense traffic and the use of catalyst
converters. Simple and comprehensive models for the spatial and temporal variation
in ammonia emissions have been shown useful in modelling of atmospheric nitrogen
input to sensitive ecosystems for assessments of critical loads. For the spatial
distribution various emission inventories are available at different resolutions.
These inventories are derived using different approaches, and as a result they can
differ up to a factor of two for certain areas. The overall European ammonia
emissions are decreasing as a result of regulation related to the National Emission
Ceiling Directive (NEC) and the Integrated Pollution Prevention and Control (IPPC)
directive, regulation that has been implemented in national legislation in the single
European countries. Some countries have adopted screening methods to be used by
local authorities when assessing impact on local ecosystems in relation to
applications from farmers to obtain permissions to increase agricultural production.
In general Northern European countries have more strict regulation of ammonia
emissions compared with Central and Southern European countries.
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1 Introduction

Ammonia (NH3) emissions lead to significant environmental impacts in Europe not
only with respect to formation of ambient air PM with potential health impact but
also with respect to nitrogen depositions to natural surfaces with potential impact on
biodiversity. NH; deposits very fast to most surfaces and may thus through a high
atmospheric nitrogen (N) input significantly contribute to stress of ecosystems close
to ammonia sources [ 1], a stress that on the long term may lead to loss of biodiver-
sity [2—4]. Release related to agricultural activities is the dominating source of
European NHj; emissions [5, 6]. In the vicinity of large animal farms, the atmo-
spheric load to ecosystems can be totally dominated by a single farm [7]
contributing to N depositions of even 50-80 kg N/ha/year [8, 9], depending on
distance to source, source strength and local climatic conditions. Such high local N
loadings are a factor of five to ten beyond the critical loads for the sensitive
terrestrial ecosystems (e.g. [10], Table 1). In Europe, about 90-95% of NHj3
emissions arise from agricultural sources, with main contributions from animal
housings (34-43%), manure handling (22-26%) and mineral fertiliser (17-26%)
[11]. It should be noted that organic bound N in the manure is not a direct source of
NH;. The emission strength is therefore mainly related to the manure or fertiliser
content of TAN (Total ammonia N (NH3 and NH,")), the pH in the manure or
fertiliser and the ambient air temperature and wind speed. Emission estimates are
often derived on the basis of national emission factors for NH; relating certain
agricultural production methods to specific emission rates [12], e.g. aggregating
results from multiplying census data of farm animals for all animal categories with
estimated emission factors per animal [13].

2 Emissions from Different Source Categories

Emission of NH3 to the atmosphere is a physical process taking place from wet
surfaces [14]. This process is highly temperature dependent and varies therefore
during day and over seasons [15, 16]. The regional variation is a function of
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production methods and agricultural practice, whereas meteorology but also agri-
cultural practice affects the temporal variations. Furthermore, the emission of NH3
is related to different anthropogenic activities and sources (especially agriculture)
throughout the year. The overall NH; emission is therefore highly depending on
location and time of the year due to differences in climate and anthropogenic
activities between regions. The emissions of NH3; may be grouped in the following
source categories:

Agricultural sources:

« Point sources, i.e. animal houses, manure storages and “slurry lakes” (e.g. [17])
* Application of manure and mineral fertiliser to soil and growing fields (e.g. [18])
¢ Grazing animals (e.g. [19])

Other sources including plants [20] such as legumes [15] and vegetation during
management and senescence [21, 22].

Nonagricultural sources:

e Wild animals [23, 24]

e Catalyst processes, mainly related to road traffic (e.g. [25, 26])

¢ Manufacturing processes such as production of fertiliser, glass wool, catalysts
and cement

¢ Humans, pets and sewage systems [24, 27]

e Other sources such as landfill and non-anthropogenic sources including natural
fires from ecosystems [28, 29]

¢ Reemission from plants due to compensation point [30, 31]

« Emission from sea surfaces [32, 33]

The last two are not accounted for in this chapter, whereas the other source
categories are described in detail in the following. In this description of these
categories focus is on parameterisation of spatial and temporal variations and here
taking outset in the methodology developed for the Danish area [15, 34] that is to be
extended to European coverage within the FP7 project ECLAIRE [6, 11] during
2011-2015. This methodology is currently considered as the best and most advanced
of its kind [35], and it has furthermore the advantage that it to some degree is based on
generalised physical properties such as volatilisation. It has been derived from
European-based studies on agricultural activities in relation to buildings and the
interior climatic conditions in these buildings [36, 37]. The parameterisations have
been derived for chemistry-transport models (CTMs), and up to now they have been
implemented in the long-range transport models, ACDEP [16, 38], DEHM [6] and
the EMEP models [39, 40], and the local-scale model, OML-DEP [41].

2.1 Animal Houses and Manure Storages

Significant variations in NH3 emissions are found in different types of animals and
housings [42]. These variations are related to amount of TAN in the manure, stable
temperature, ventilation rate and local ambient wind speeds. Highly complex
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surface models have been developed for describing the NH; emissions from
agricultural buildings [43—46], but these are generally not applicable for large-
scale modelling [15, 47]. A simplified parameterisation based on local wind speed
and ambient air temperature has been shown to be a more practical approach in air
pollution modelling [6, 10, 15, 16, 41]. Most emission inventories take outset in the
total N or TAN content in the manure and applying generalised fixed emission
factors (EF). In order to provide proper results, these EFs need to be location
specific and account for local conditions. Such data is currently being processed
for the entire European area.

On large scale, it has been shown that the variation in emissions from stables and
storages (we here term these E(f)) may be described by a simple parameterisation
[16, 38]:

E(t)=C xT)™ x v(r)** (1)

where C is a constant related to the content of N or TAN in the manure at given time
and location, T is the ambient air temperature and V' is the ambient air wind speed or
the rate of ventilation; the two latter are both functions of time. This formula is
applied for distributing a known annual emission into smaller time steps used in the
CTMs.

Pig and poultry stables have a relatively high critical temperature for comfort
and optimal production of animals compared with cattle stables. This means that in
Northern Europe, pigs and poultry stables are heated during winter. The overall
annual emission from manure storages varies with the type of storage, whereas the
temporal variation follows variations in ambient air temperature [15]. In warm
areas and during warm periods of time, the emissions from all buildings will reflect
outdoor temperatures [37]. Buildings containing pigs and poultry thus have signifi-
cant emissions also during cold periods, whereas cattle barns and storages in these
situations have low emission rates.

Applying the parameterisation in Eq. (1) together with the simplified functions
shown in Fig. 1, the temporal variation in NH;3 emissions may be simulated with
good results. Figure 2 shows as an example of calculated temporal variation in NHj;
emission from a pig stable, cattle barn and manure storage. It is easily seen that the
variation reflects the differences described in the previous section.

2.2 Application of Manure and Mineral Fertiliser

The emission of NH3 from field application of manure and mineral fertiliser takes
place at distinct times of the year and has a relatively short duration compared with
point source emissions. Soil type [49] and the application method are crucial for the
magnitude of the emission. Very high emissions are related to the broad spread
application methods, whereas soil injection leads to very low emissions. For these
emissions, the temporal variations can be described by process-based models on the
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Fig. 3 The emission strength and temporal variation in NH; emission in the Lindet area in
Denmark related to application of (a) manure during spring, summer and autumn and (b) emission
strength from the Tange area in Denmark and Langebrugge in Germany due to application of
manure in growing crops during spring. All time series created by using meteorological data for
the year 2007 and the emission model available at http://www.atmos-chem-phys.net/11/5221/
2011/acp-11-5221-2011.html

field scale by incorporation of environmental variables, soil characteristics and
agricultural management [50]. National regulations can significantly affect the sea-
sonality of the emissions [51], although these emissions have substantial uncertainties
[18]. In some countries, manure application is constrained with almost no regulation,
whereas in many North European countries, manure application is abandoned during
winter time. This constrain is to limit N and phosphorus washout that will be high
when there are no crops on the fields. To overcome a shortage in manure storage
capacity, farmers often empty their slurry tanks in autumn, which again leads to a late
autumn peak in emissions. The timing of mineral fertilisers and the associated release
of NHj; differ also between regions giving different temporal emission patterns,
where farmers in the Southern parts of Europe initiate application of fertiliser earlier
than those in Northern Europe. Figure 3 shows the temporal variation in NHj
emission reflecting four typical fertiliser application times during the year 2000 at
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Tange in Denmark and emission from two sites in Central Europe (Tange and
Langebrugge), where Tange is located about 400 km North of Langebrugge in
Germany, and the Tange station hence has a later peak in the emission from spring
application directly into growing crops. In general, then the environmental conditions
during application time have a large effect on both the temporal pattern and the total
amount of emission from the application. A good example is the effect of precipita-
tion: Precipitation before application limits soil infiltration and therefore enhances
emission, while precipitation after application can enhance infiltration and reduce the
emission [52]. The latter, however, also increases the risk run-off to nearby river
systems. This clearly shows how management taking into account environmental
variables (e.g. day—night temperatures) can modify emissions. Despite these known
effects on environmental variables, the mathematical description accounting for these
governing effects still remains to be developed for regional scale application [53, 54].

2.3 Emissions from Grazing Animals

The emission from grazing animals depends on time spend in the field but also on
the N content in the grass. As a result, animals feeding from grass with high N
contents excrete large amounts of excessive N as TAN compared with animals on
grassland with less N-rich grass [19]. Furthermore, urine from grazing animals
more easily enters the soil compared with surface-applied slurry [55]. This reduces
the emission from grazing animals compared with stable-based systems. The main
reason for this difference is that the larger amount of dry matter content of slurries
limits infiltration into the soil and thus is allowing for enhanced evaporation of the
slurry compared with urine from grazing animals. In Southern Europe, animals are
in the field most of the year. Sheep may also stay in the field most of the time,
whereas dairy cattle in many countries are inside stables approximately half of the
year (see Fig. 2 in Skjgth et al. [6]). The number of grazing animals follows in
general the availability of grass, or in other words the season of growth. In
principle, the ambient air temperature should increase NHj; emission related to
grazing animals and outdoor yards used by livestock. This was supported by studies
by Ryden et al. [56] who found increased NH3 emissions from the urine fraction
during summer compared to autumn. However, clear ambient air temperature
responses have not always been seen in practice [57]. This suggests that some of
the main processes governing NH; emissions from grazing animals have been
identified, but several knowledge gabs still exist. The latter include developing a
full dynamic description of emission from gazing animals that go beyond the farm
scale. Such descriptions would be useful in policy and scenario studies on the
international level in relation to air quality. Due to this, there is still significant
uncertainty regarding the effect of environmental variables on the NH; emission
from grazing animals.
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2.4 Emission of NH; from Other Agricultural Sources

The remaining agricultural sources relate to emission from vegetation. Legumes and
plants taking up excess fertiliser are emitting NH3 [20]. This emission depends on
the enrichment of the apoplast with NH,* and the so-called compensation point [30].
The compensation point is a function of the plant status with respect to growth,
stress, etc. The emission is still not well described with respect to magnitude, as well
as temporal and spatial variation. Emissions from crops are often observed after
fertilisation with either manure (e.g. [58]) or mineral fertiliser (e.g. [59]). Grazing
(e.g. [60]) as well as cutting (e.g. [61]) of grass is known to release NH;. The
management of the crops can heavily influence the loss of NHj to the atmosphere.
However, little is known about these processes, and only few studies of N-exchange
between atmosphere and vegetation cover the entire season exploring the full cycle
of growth and decay [22]. Overall, the emission from vegetation is highly coupled to
both crop management and the atmospheric concentrations of NH3. Several mecha-
nistic descriptions of the compensation point have been derived [31, 62], and these
rely highly on detailed information on agricultural production methods which for
several decades have been difficult to obtain and generalise (e.g. [6, 63]).

2.5 Emissions from Nonagricultural Sources, e.g. Urban Areas
and Traffic

Emissions from nonagricultural sources are in general not well described but
include sweat from humans, excreta from pets and wild animals, exhaust from
gasoline cars with catalytic converters, stationary combustion sources and industry
and evaporation from waste deposits [24]. In Europe, the largest national nonagri-
cultural NH5; emission has been reported for the UK with a fraction of about 15%
[24], a figure that may be compared with about 2.8% from traffic and 0.8% from
manufacturing processes and sewage sludge that has been reported for Denmark
[64]. A number of European studies have shown elevated NH; concentrations near
roads and in urban areas (e.g. [65]). Whether these elevated concentrations are due
to emission from traffic (e.g. Table 1), humans or sewage or there are other
significant sources in the urban area has not been shown. Another possible expla-
nation for elevated concentrations at these locations could be enhanced evaporation
of NH; from NH,*-containing salts, as many of the very high observed values are
reported for Southern and Central Europe such as Barcelona [27], Rome [66] or
Croatia [67]. Experimental studies have shown that over the sea, the atmospheric
fluxes of NH; may also be upward or downward [33, 68, 69] depending on the
meteorological conditions and the relationship between the pH and the NH,*
concentration in the upper surface waters, on the one side, and the NHj;
concentrations in ambient air just above the water surface, on the other side.
Similarly studies over forests also indicate bidirectional flux patterns NHj;
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Table 1 Annual emission 1985 1990 1995 2000 2005 2009
of ammonia (Gg NH3) from
different sectors in Europe 6 3 4 3 3 6
during the period 1985-2009. 52 9 10 9 9 8 7
Emissions are distributed S3 3 7 6 5 8 6
according to the SNAP S4 155 125 91 89 87 37
categories developed within S5 0 6 5 10 12 11
the EMEP inventories S6 6 5 5 5 6 6
(Webdab extraction, S7,road 45 16 47 98 83 69
S9 138 136 117 90 85 84
S10 5,068 4,738 4,028 3,840 3,668 3,546

[90, 91, 92, 93]. Bidirectional fluxes over forests have recently been observed
during senescence and leaf fall [70], suggesting that a large fraction of N that has
been taken up during the growing season is released again in the autumn when litter
is decomposed.

3 Spatial Distributions in Emissions

At European level, EMEP (http://www.emep.int) and CORINAIR have compiled
inventories of the annual mean emissions on a grid with a spatial resolution of
50 km x 50 km [71]. The EDGAR and GEIA databases are available on 10 x 10°
resolutions, and the EUROTRAC GENEMIS project (http://www.gsf.de/eurotrac)
compiled inventories with a grid resolution of 16.67 km x 16.67 km. The
GENEMIS data was for the year 1994, but this inventory has in some later studies
been used to redistribute EMEP emission inventories for subsequent years, assum-
ing unchanged relative distribution over the years [72, 73]. The need for high-
resolution inventories has been recognised by the model groups within MACC and
MACC-II research programmes (http://www.gmes-atmosphere.eu/). They have
therefore adapted a high-resolution inventory on a 7 km resolution of the annual
emissions at SNAP code level [54]. This is a combination of the officially reported
inventories, information on geographic location of point sources and a correction
procedure for inconsistencies. There are therefore different estimates regarding the
spatial distribution in NH; emissions over Europe, a distribution that clearly is non-
uniform (Fig. 4).

The distribution of NH; emissions from nonagricultural sources follows to a
large extent the population density but is also associated with the major road
network as road traffic contributes an important part of these emissions (Fig. 5).
The relative importance of road traffic as a source of NHj is increasing as other
sources are going down and, at the same time, as traffic is still increasing in Europe.
In general, nonagricultural sources of NHj are, however, still poorly explored, and
there are thus significant uncertainties associated with both magnitude and distri-
bution of these emissions (Fig. 5).
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Fig. 4 (a) Annual NH; emissions in Europe for the year 2000 based on (top left) IDEAg
(published in de Vries et al. [74], (b) INTEGRATOR (published in de Vries et al. [74], (c)
EMEP at 50 km X 50 km and (d) EDGAR at "10 x 10

Studies comparing the EMEP inventories (e.g. [75]) with global estimates [76]
show that in Europe, the three countries with the highest emission densities
(kg NH;-H ha ™! year ') are the Netherlands, Belgium and Denmark. This study,
as well as the assessment by de Vries et al. [74], highlights the large uncertainties in
national scale emissions, as the different approaches used in, e.g. EMEP, IDEAg,
Miterra, IMAGE, GAINS, EDGAR, OECD and Integrator lead to differences of up
to almost a factor of two for some countries.

High spatial resolution in NH; emissions has been shown to be important for a
proper mapping of the N deposition to ecosystems for agricultural-intensive areas
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Fig.5 European NH; emissions from nonagricultural sources according to the EMEP inventories
(webdab system 12 May 2012). Note that the scale in this figure is different from the one that is
used in Fig. 4
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Fig. 6 Comparisons of various emission inventories for the European area performed on national
totals for the NH; emission for each single countries — obtained from de Vries et al. [74]

like Denmark [1, 10], the UK [13], Poland [77] and the Netherlands [78, 79]. In fact,
it has been shown that increasing resolution from Skm x Skmto 1 km x 1km and
taking into account low-level orographic precipitation and accurate emissions at the
same scale provide a more realistic distribution of both concentrations and
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Fig. 7 Ammonia emission distributions from Denmark, reproduced from Geels et al. [80]

depositions of reactive nitrogen [13]. A similar geographical pattern with high
diversity and tight connection between emissions and depositions in the high-
emission areas is found in many areas of Europe including Denmark [10, 80], the
Netherlands [78], Belgium as well as parts of France, Germany and Poland [77].

High-resolution emission inventories are available from the UK [13, 81], Denmark
[15, 80], Switzerland [82] and the Netherlands [83]. Emissions are in general among
the most important input to all CTMs and have therefore received much attention
[5, 48]. Despite this, emission data is considered the largest uncertainty factor in the
description of N loadings of sensitive terrestrial ecosystems [5] and similarly an
important component among feedback mechanisms in the climate system [11].

Figure 7 shows the high-resolution emission distributions derived for Denmark.
The geographical distributions reflect in general the location of the most intensive
agricultural areas that constitute the largest NH; sources.

The relative national distribution in NH3 emission between the agricultural
source categories for selected European countries is shown in Fig. 8. The figure
illustrates the vast differences between countries relating to differences in climate
as well as agricultural practice.
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Fig. 8 The relative distribution between different NH; sources in national emissions for selected
European countries. Data is here derived for the year 2000. Source: [1]
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Fig. 9 Temporal variation in daily NH; emission [g N/ha/day] from different source categories at
the monitoring site Tange, Denmark, for the years 1989 (left) and 2000 (right). Source: [51]

4 Site-Specific Long-Term Trends in Emissions

Before 1989, Danish NH; emissions were relatively low during winter time as a
result of low activity and low ambient air temperatures. The accumulated manure
during winter was applied not only to crops in the fields during spring but also to
grass fields during summer. The manure storages were emptied in autumn, thereby
leading to autumn emissions (Fig. 9). This pattern is still typical in Northern Europe
with moderate to large agricultural activity and limited legislative control.

In the 1990s, strong regulation was implemented to reduce Danish agricultural
emissions to air, soil and water [16, 51, 84]. This regulation had various steps and
included improving the entire production chain with respect to reducing NHj3
emissions. The farmers had to increase the fraction of manure applied during
growth of the crops in spring and similarly decrease application in summer and
autumn. This is seen in the results for 2000 shown to the right of Fig. 9, where the
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Fig. 10 Comparison of trends in computed monthly mean NH; emissions (pink) and observed
monthly mean ambient air NH; concentrations (blue) for the Danish monitoring station Tange
during the time period 1989-2003. Source: [51]. All values are relative to the annual mean in 1989

emission peak in spring is more pronounced and emissions in summer and autumn
reduced when comparing with the situation in 1989 (shown to the left). The overall
Danish release of NH; was decreased significantly (Table 1) despite for increased
animal production [51] (Fig. 10).

5 Long-Term Trends in Emissions on European Scale

The total national NH5; emissions have been reduced in countries like Denmark,
Germany and the Netherlands, whereas for countries like France, Sweden and
Norway, only very small changes have occurred over the last 15 years (Table 1).
Note the large change in Poland between 1990 and 1995 which is a response in the
agricultural emissions related to the large political changes during that period. Over
the European area (EU countries), emissions have in overall decreased since 1985
(Fig. 11).

The fact that trends in measured NH3 concentrations have not reflected reduced
animal numbers in Central Europe (e.g. [7]) has been a major topic for debate.
Similarly, then the effects of emission abatement policies in the Netherlands [85]
and Denmark [51] have not fully corresponded to the expectations. Recent findings
(e.g. [86]) suggest that increasing NHj concentrations that have been observed in
Eastern Europe is a result of both local and regional reduction in SO, emissions,
which have caused an increased atmospheric lifetime of NHs. Such relationships
are likely to be of general concerns, thus causing uncertainties in direct relation of
emission trends with locally observed concentrations (Table 2).
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Fig. 11 Trend in total annual NH; emissions in Europe over the period 1980-2009. Source:
EMERP (http://www.emep.int)

Table 2 Annual emission of 1985 1990 1995 2000 2005 2009
ammonia (Gg NH3) from

selected European countries Denmark 137 134114 93 84 77
during the period 1985-2009 Germany 857 758 642 594 578 597
as they are used in the EMEP France 780 787 772 802 751 744
models The Netherlands 248 249 193 163 141 125
Norway 23 20 23 24 23 23
Poland 550 511 378 322 326 273
Sweden 54 55 64 56 53 48

United Kingdom 341 382 359 333 311 288

6 Regulation of Emissions, Future Scenarios and Impact
of Climate Change

Regulation of NH; emissions entered the European legislation by the 1979 signing
of the Convention on long-range trans-boundary air pollution (CLRTAP) to abate
acidification, eutrophication and ground-level ozone. In 1999, the executive body
of the Convention adopted the “Gothenburg Protocol”. For NH3, the objective of
this protocol was a 17% reduction in emissions compared with 1990 levels. This
was to be obtained through the definition of annual “emission ceiling” not to be
exceeded by the signing parties from 2010 onwards. The Gothenburg Protocol
came into force in May 2005 and to date signed by 26 ratifying parties. The
implementation of the emission reductions has taken place under the National
Emissions Ceilings (NEC) directive (2001/81/EC) of the European Union. The
decreasing trend in European emissions depicted in Fig. 11 is to a large degree the
result of reductions agreed upon in the NEC directive although not European all
countries have complied with the emission ceilings for NHj. Currently the
Gothenburg Protocol is under revision with an aim of adopting more stringent
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Table 3 Emission factors of total available nitrogen (TAN) in liquid and solid manure from
husbandry

Solid broad spread
Slurry injection (0 h inc.) Slurry trailing hose (6 h inc) (6 and 12 h inc.)

Cattle 1.9% 10% 27.9%, 39.0%
Pigs 1.3% 6.9% 27.9%, 39.0%
Emissions are given in percentage as function of application method during application on bare
soil during winter/spring before sowing. Source: [64]
Note: Trailing hose is also used in growing crops during spring/summer but without incorporation.
Here, the emission factors are 19.6% and 13.5% for cattle and pig, respectively

emission ceilings for 2010, accounting for various environmental, socio-economic
and political factors. However, NH; emissions are not only regulated on national
level. The Integrated Pollution Prevention and Control (IPPC) directive aims at
preventing or reducing pollutant emissions from industrial installations to air, water
and soil through the use of best available techniques (BAT). The IPPC directive was
established in 1996 (96/61/EC) and revised in 2008 (2008/1/EC), and it covers new
and existing pig and poultry installations that have a capacity >40,000 poultry
places, >2,000 production pigs over 30 kg or >750 sows. In order to operate, the
farms covered by the IPPC directive need to obtain a permit issued by the relevant
member state authorities. The use of BAT is stipulated for NH; emissions related to
livestock housing, storage of manure and slurry as well as application of manure
and slurry to the fields. This BAT can be exemplified by investigating the emission
factors that have been used for calculations of emissions related to application of
slurry and solid manure by using different application techniques such as broad
spread, snake tubes or injection [64].

Clearly the emission factors vary significantly, depending on application tech-
nique. However, some of the methods require new investments in production
facilities and machinery at the farm level as well as a general increase in efficiency
of the N use through the entire production facility [87]. The result is a change in
both amount and pattern of the annual NH; emissions from agriculture [51]. Some
of the techniques to obtain emission reductions can be covering of storage facilities,
better utilisation of N in the production chain, change in application techniques of
manure (see Table 3), cleaning of the air from the point sources, treatment of slurry
before application, etc. [64]. However, the single-member states decide the
conditions for detailed regulation of agriculture, and this has resulted in large
differences between member states in the implementation of the IPPC directive.
Recently, a review of the assessment process in European [88] has stated that the
UK, Germany, the Netherlands and Denmark are having the most formalised
procedures for protecting sensitive ecosystems against N deposition from anthro-
pogenic activities ([88], Chap. 3, theme 1). According to Theobald [89] and Hertel
et al. [10], the today’s most advanced permitting processes are the ones applied in
England, Wales and Denmark. The applied methodologies are rather similar, as
they include identification of Special Areas of Conservation together with a simple
screening using either the UK EPAs “Ammonia Screening Tool” (AST) or the
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Fig. 12 High-resolution assessment of atmospheric nitrogen deposition in Denmark accounting
for emissions from single farms. Figure obtained from Geels et al. [80]

Danish buffer zone approach. In England and Wales, the screening requires detailed
modelling in case the AST shows N depositions or NH3 concentrations that exceed
4% of critical loads or levels for European sites, 20% of Sites of Special Scientific
Interest (SSSI) or 50% of threshold values for local conservation sites. In this case,
either ADMS or AERMOD is applied for the detailed modelling. A permit is
granted only when detailed modelling demonstrates that 20%, 50% or 100% of
the critical level or load is not exceeded at the European sites, SSSIs or local
conservation sites, respectively. In Denmark, smaller livestock farms are regulated
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by screening the potential increased N deposition to sensitive ecosystems. Smaller
farms are screened within two buffer zones of 300 and 1,000 m, while larger farms
are also screened outside these two buffer zones. The screening outcome is that a
permission is either granted or declined or that there is a setup requirement for a full
model assessment in a similar way as the English methodology by using a local-
scale dispersion model and known emissions from the planned livestock farm. The
Danish methodology is here based on the OML-DEP model [41, 80] which
for regulatory purposes is operated within the DAMOS modelling system [10].
An example of detailed modelling from Denmark is shown in Fig. 12.
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Road Traffic: A Major Source of Particulate
Matter in Europe

Fulvio Amato, Martijn Schaap, Cristina Reche, and Xavier Querol

Abstract Gaseous and particulate emissions from vehicles represent a major
source of atmospheric pollution in cities. Recent research shows evidence of,
along with the primary emissions from motor exhaust, important contributions
from secondary (due to traffic-related organic/inorganic gaseous precursors) and
primary particles due to wear and resuspension processes. Besides new and more
effective (for NO, emissions) technologies, non-technological measures from local
authorities are needed to improve urban air quality in Europe.
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1 Introduction

Road traffic is widely recognised to be a significant and increasing source of air
pollutants in urban and industrial areas but also at a regional scale worldwide.
Emissions from road traffic can be divided into three different components:
(1) primary and secondary particles from motor exhaust (including fuel evaporation);
(2) primary and secondary particles from brake, tyre and road wear; (3) primary
particles from resuspension due to wheel-generated turbulence [1-3]. The wear and
resuspended part of the emissions can also be grouped together as non-exhaust
emissions.

Road traffic emissions consist of particulate (PM) and gaseous emissions, with
active carbonaceous products present in both phases. Particles contain potentially
toxic components, such as polycyclic aromatic compounds (PAHs) and trace
metallic elements [4-6], which are related to acute and chronic cardiovascular
and respiratory diseases [7]. Some studies suggest that especially diesel exhaust
emissions are responsible for cardiac hospital admissions [8] and for asthma and
chronic bronchitis development in children [9] in densely populated cities. Also fine
and coarse particles from non-exhaust sources have been associated with short-term
mortality and morbidity [10-13].

Although laboratory experiments have shown that organic compounds in both
gasoline fuel and diesel engine exhaust can form secondary organic aerosol (SOA),
the fractional contribution from gasoline and diesel exhaust emissions to ambient
SOA in urban environments is poorly known. Recently Bahreini et al. [14]
demonstrated that in Los Angeles the contribution from diesel emissions to SOA
formation is very low within their uncertainties and that gasoline emissions domi-
nate over diesel in formation of SOA mass. Chamber studies performed in Europe
seem to confirm this hypothesis. These results have important implications for air
quality policy.

Verma et al. [15] have shown for Los Angeles in summer that both primary and
secondary particles possess high redox activity; however, photochemical
transformations of primary emissions with atmospheric aging enhance the toxico-
logical potency of primary particles in terms of generating oxidative stress and
leading to subsequent damage in cells.

Studies by Biswas et al. [16] using directly exhaust PM emissions from heavy
duty vehicles, with and without emission abatement technologies implemented,
suggest that the semivolatile fraction of particles is far more oxidative in nature than
refractory particles. It is also possible in our opinion that the SOA formed from the
condensation of previously volatilised PM has a highly oxidative character.



Road Traffic: A Major Source of Particulate Matter in Europe 167

Locations of the airbase stations

== Power Generation
mm Other Combustion
mm Industrial Comb.

I S 1.0 - 1 =1 £ Industrial Processes.
M Extr. dist. of fossil fuels.
= Solvent use

0. B Road Transport
] = Other transport
| == Waste
0 [ Agriculture
’ = Natural
== Bound-+Initial |
0.
| I ;
0.
0.0

0.2 . -0.2
0.0 5.0 10.015.0 20.025.030.035.040.0 45.0 50.0 0.0 5.0 10.0 15.0 20.0 25.030.0 35.0 40.045.0 50.0
Observed PM10 Concentration [ug/ms] Observed PM25 Concentration [ug/m‘?]

=)

o
®
©

=4
o
)

o
>
~

I
N}
S}

Contribution of each source
Contribution of each source

o
o

Fig. 1 AIRBASE monitoring sites (fop) used to calculate average regional contributions to PM;
and PM, 5 (bottom) by means of the LOTOS-EUROS source apportionment tool

Road transport is an important contributor to primary emissions of PM (soot,
wear particles and road dust) and also a source of secondary particles formed by
condensation of gaseous species (mainly S- and N-compounds and organics)
emitted by the tailpipe and partly also by the wear of brakes and tyres. Thus, PM
emissions from road traffic are responsible for an important proportion of the
exceedances of the PM;y and PM, 5 Air Quality Limit Values established by the
European legislation for the protection of the human health (2008/50/EC; [17]).
The daily (50 pg m ) and annual (40 ng m ) limit values for PM, (atmospheric
particles with mean aerodynamic diameter <10 pm) and the annual limit value for
PM, 5 (25 pg m ) (in force from 2015) concentrations in ambient air are indeed
exceeded mostly in the urban areas (Fig. 1; [17]).

In spite of the new vehicle emission EUROx regulations, 20% of Europe’s urban
population is also living in areas where the atmospheric concentrations of nitrogen
dioxide (NO,) exceed established air quality standards [18]. This is due to several
factors related to the diesel-powered cars [19]: (1) their increasing market penetra-
tion across Europe [20]; (2) the NO, emission factors of diesel cars exceed the
emission levels as established during the type approval of these vehicles in the
laboratory [19, 21-25] and (3) the fraction of NO, in the NO, emissions of diesel
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cars has been increasing over the past two decades [26, 27], mainly due to the
application of oxidative after-treatment systems [28, 29].

Hendriks et al. [30] estimated source contributions from different sectors to
PM;, and PM, 5 at a regional scale for the whole European domain by means of the
LOTOS-EUROS labelling source apportionment method. Given the model resolu-
tion (25 x 25 km), source contributions within the cities are not captured, but
averaged within the larger grid cell. Results show that, averaging all European
stations (AIRBASE stations below 700 m altitude), road transport is the largest
source of PMx at a European level, responsible for 15-20% and 10-15% of
observed PM|y and PM,; s, respectively. Contributions increase during pollution
episodes and are expected to be higher on a local scale and also due to the
contribution of secondary organics, currently missing in the modelling approach.

As already mentioned, road traffic emissions comprise a wide variety of particles
in terms of their chemical composition (and size). Meteorology plays an important
role when determining the impact of emissions on atmospheric concentrations of
different components. The impact of dust emissions is in general higher in the large
metropolitan areas (London, Paris, Madrid, Barcelona) or in densely populated
regions such as the Netherlands and Northern Italy (Fig. 2). Higher contributions
are observed in Mediterranean countries due to the infrequent rainfall and arid
conditions. Central European countries are more affected by formation of second-
ary nitrate due to the lower temperatures when compared to South Europe (Fig. 2).
Primary emissions from tailpipe (elemental carbon) affect indistinctly all European
metropolitan regions (Fig. 2).

From an emission point of view, in spite of the constant technical developments
of less pollutant vehicles and the implementation of diverse mitigation strategies for
PM [31], atmospheric pollution by road traffic has not diminished for pollutants
such as NO,. Also it has to be highlighted the poor understanding of the so-called
non-exhaust emissions as a major source of urban PM. Several studies have shown
that the importance of these non-exhaust emissions is comparable (or even higher)
to that of emissions from vehicle exhaust systems [3, 32-34] (Fig. 2).

One of the most commonly used tools in the field of atmospheric sciences to
quantify the impact of road traffic emissions, both exhaust and non-exhaust, is
receptor modeling, which aim to re-construct the source contributions (and profiles)
from different sources of atmospheric pollutants, based on the PM chemical charac-
terization data registered at monitoring sites. There are different specific models
which differ in the a priori knowledge required about pollution sources. During a
review of European source apportionment studies published between 1985 and 2005,
Viana et al. [35] identified the almost constant reporting by all studies of a PM source
traced by C/Fe/Ba/Zn/Cu, which was interpreted by the different authors as “road
traffic” or “exhaust emissions”. If interpreted as total traffic, other tracers were crustal
elements such as Fe, Ca or Al from road dust. In these cases, this source could be
clearly differentiated from the mineral/crustal matter source due to the presence of
trace elements linked with brake abrasion (Cu, Ba, Sb) and combustion of lubricating
oil (Zn, Ca) [35]. Traditionally, studies accounted for a quantification of the source
impact in terms of the particulate mass collected during 24 h for a considerable period
of time, including the inorganic fraction. The contribution from such a traffic source
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Fig. 2 Absolute contributions from road traffic to dust, EC, nitrate and primary organic matter
(pom) modelled by the LOTOS EUROS

ranged from 14% to 48% of PM; and from 9% to 49% of PM, 5 in urban areas, and
from 1% to 4% of PM, and from 5% to 7% of PM, 5 in rural areas (see Table 1 and
references therein), a geographic trend has not been observed for the different
European regions and the contribution is mostly governed by the traffic volume.
Recently, this tool has been applied to particle concentrations in terms of number,
obtaining contributions of up to 78% of total particle number in urban areas [41].
Some studies have included organic compounds in particulate or gaseous phase
[Volatile Organic Compounds (VOCs) and PAHs] to distinguish between diesel
and gasoline vehicles [48, 49].

State-of-the-art methods include the combination of source apportionment
models with high time-resolved source apportionment techniques for organic
aerosols datasets using the Aerodyne Aerosol Mass Spectrometer (AMS), obtaining
contributions from primary organic emissions from traffic [60, 61].
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2 Exhaust Particles

Exhaust particles comprise submicron-sized primary particles and micrometric
secondary particles (S-N-organics) formed in the atmosphere for condensation of
gaseous compounds on existing nuclei.

The airborne particles originated by diesel and gasoline engine exhaust are
composed mainly of elemental carbon, adsorbed organic material, inorganic
salts and traces of metallic compounds. Soluble organic fractions of the
particles contain primarily polycyclic aromatic hydrocarbons, heterocyclic
compounds, phenols, nitroarenes and other oxygen- and nitrogen-containing
derivatives [62].

The composition and quantity of the emissions from an engine depend mainly on
the type and condition of the engine, fuel composition and additives, operating
conditions and emission control devices. Thus, exhaust emissions depend mainly
on fuel and driving conditions, and any geographical differences across Europe will
depend on these parameters (as opposed to climatology and topography). Particles
emitted from engines operating with gasoline are different from diesel engine
exhaust particles in terms of their size distribution, surface properties and chemical
composition. Diesel engines are an especially significant source of fine and ultrafine
particles as they exceeded the emissions from gasoline vehicles by a factor of >10
in terms of mass concentration and >10*-10° in terms of number concentration
[63]. This difference has been significantly reduced in EURO 5 and EURO 6
vehicles, but diesel engines still emit higher particle number concentrations and
NO, than gasoline cars [64].

Important differences between gasoline and diesel relate also to their impact on
the formation of secondary organic and inorganic compounds. As already men-
tioned, recent studies highlight the higher importance of gasoline, compared to
diesel, in the formation of secondary organic aerosol [14]. Formation of secondary
inorganic aerosols (ammonium sulphate and nitrate) due to NO, and SO, is
controlled also by NH3, another key atmospheric component for urban air quality.
NH; is emitted mostly by traffic and other fugitive sources such as city waste
containers and sewage. This alkaline gas emitted in a high NO, scenario may
enhance the formation of ammonium nitrate (a major component of PM, 5). Fur-
thermore, the levels of ammonium nitrate may also increase due to the marked
decrease of SO, emissions that yielded a marked decrease of ammonium sulphate
levels across the Europe. Since H,SO, is more reactive with NH3, most of the NH;
is consumed by sulphuric acid; when sulphuric acid decreases and more NH; are
available, more NH4NOj; can be formed after HNO; and NHj;. In regions with high
photochemistry the reduction of PM mass pollution and the possible increase in
frequency of draughts may yield to the increase of midday nucleation episodes with
the consequent increase of levels of secondary nano-particles. Thus, in highly
polluted atmospheres the secondary PM mass grows by condensation on pre-
existing particles; however, in cleaner conditions, and particularly under high
insolation and low relative humidity, new formation of nanoparticles (nucleation)
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from gaseous precursors may dominate condensation sink in urban areas [65]. The
nucleation starts from the oxidation of SO, and the interaction with NHj3, and these
nanoparticles immediately grow probably by condensation of VOCs on the nucle-
ated particles [66].

VOCs emissions are also due to gasoline vapour emissions [67—-69]. Song et al.
[70] estimated that 52% of average VOCs concentration in Bejing was due to
gasoline exhaust and gas vapour emissions.

2.1 Black Carbon and Particle Number Measurements in Europe

The need for a more specific metric to evaluate the impact of road traffic exhaust
emissions on the levels of urban aerosols than the currently regulated ones (PM;,
PM, 5) is being stated by the scientific community, as a large number of air quality
plans, most of them focusing on traffic emission reductions, have been
implemented in the last decade, without the subsequent decrease of PM levels in
the corresponding cities [31].

Black carbon (BC) is a major contributor to the fine particulate matter in the
atmosphere and it is almost exclusively responsible for the short-wave absorption of
solar radiation caused by aerosol particles. BC is defined as the carbonaceous
material having intense black or dark colour and which absorbs visible light
efficiently [71]. By applying a correction fraction, BC and elemental carbon (EC)
may be considered equivalent (and reported as equivalent black carbon, EBC).
Numerous studies have concluded a strong association between BC and primary
road traffic emissions [72—76]. Hamilton and Mansfield [77] already stated in 1990
that in many European cities more than 90% of EBC can originate from traffic.
Especially diesel vehicles are known to emit EBC with a large mass fraction in the
ultrafine (diameter <0.1 pm) particle size range [78, 79]. In Vienna (Austria),
Berner et al. [80] measured the distributions of BC over the particle size spectrum
and they found that BC contributed about 50—70% to the total particulate mass in
the size range of 0.02-0.1 pm and about 20% in the size range 0.3—-2 um. Harrison
and Yin [81] estimated that in Birmingham (UK) about 88% of PM; and 6-10%
of PM;, can be attributed to EC and that this EC mostly originates from traffic.
Rodriguez et al. [75] quantified in about 7% of PM;y and 13% of PM, 5 the
contribution of EC in Santa Cruz de Tenerife (Canary Island, Spain).

BC levels have been observed to vary proportionally with those of traffic-related
gaseous pollutants, such as CO, NO, and NO, regardless of the region of Europe
under study [65, 74, 82]. In spite of this high correlation, measurements of BC
are highly significant in air quality monitoring sites as the BC/CO, BC/NO, and
BC/NO ratios can vary widely depending on the distance to traffic emissions, the
vehicle fleet composition (percentage of diesel vehicles versus percentage of
gasoline vehicles) and the influence of other carbonaceous emission sources such
as biomass burning [65].
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The combination of PM;, and BC in urban background sites potentially
constitutes a useful approach for air quality monitoring. While the BC daily cycle
is mostly determined by vehicle exhaust emissions, PM, concentrations are also
governed by non-exhaust particles resuspended by traffic, by midday atmospheric
dilution and by other non-traffic emissions [65]. PM; levels at traffic sites across
Europe have been reported to remain high from the morning until the evening traffic
peak due to the effects of resuspension processes, whereas in coastal urban back-
ground sites, concentrations typically increase at midday when sea breezes trans-
port the re-suspended mineral material from the city towards the monitoring station
[34, 83-85].

Particle number concentrations (N) in urban areas are also highly governed by
primary vehicle exhaust emissions [47, 74, 86-90]. These emissions show a
bimodal size mode, with a nucleation mode below 30 nm and a carbonaceous
mode peaking between 50 and 130 nm [91]. Zhu et al. [92] evaluated the number
size distribution near a highway and concluded that both atmospheric dispersion
and coagulation contributed to the rapid decrease in particle number concentration
and change in particle size distribution with increasing distance from the freeway,
with the smallest mode (mean diameter 13 nm) disappearing at distances greater
than 90 m from the road, while Oliveira et al. [58] estimated that up to 90% of the
size spectrum of particle number in a traffic exposed site was dominated by the
nucleation mode. Several studies highlighted that exposure to road traffic emissions
and the associated health risk may be properly evaluated by combining ambient air
measurements of BC with N [90, 93-96].

Peculiarities in the daily cycle of N have been observed for the Mediterranean
climate presenting peaks at midday which do not correlate with the levels of BC,
indicating that a source other than traffic is influencing this parameter [65, 74, 75, 97].
Similar results were found in Brisbane (Australia) and Los Angeles urban
environments, with subtropical climates [98—100]. Conversely, this phenomenon
has not been observed for cities in central and northern Europe, where N levels
vary proportionally to those of BC during the whole day [101, 102].

Assuming that BC is an accurate tracer of primary traffic emissions, the
variability of the ratio N/BC can offer interesting information about the impact of
sources other than traffic on N. In Reche et al. [65], it was observed that while this
ratio was constant during the whole day in northern and central European cities,
maximum values were reported at midday in Mediterranean cities. These N max-
ima were attributed to midday nucleation episodes favoured by the characteristic
factors simultaneously occurring in the southern European cities under study at that
time of the day: (1) high solar radiation, (2) high temperature and (3) a contribution
of SO, from shipping and industry governed by the breeze circulation, all this
resulting in enhanced secondary formation processes in these latitudes, giving rise
to high particle number concentrations. Therefore, it may be concluded that N is
influenced by sources other than traffic in certain European regions (e.g. the
Mediterranean region), whereas BC is a more consistent tracer of such influence
and it is proposed as a vehicle exhaust emissions tracer to be added to the urban air
quality control networks. Nevertheless, N should be measured since ultrafine
particles may have large impacts on human health based on the very fine
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grain size and their potential cardiovascular and cerebrovascular adverse health
effects [103].

The current and upcoming EURO regulations are expected to achieve major
reductions in ambient concentrations of BC in urban environments and thus, BC is
expected to not pose relevant health and air quality problems in the coming future.
However, the implementation of technological solutions such as particle filter traps
or stripping of exhaust gases has resulted in increased emissions in terms of NO,,
especially primary NO,. Therefore, the relationships between traffic-related
pollutants (e.g., NO,/BC, NO,/CO ratios) are also changing as a function of these
mitigation strategies.

3 Non-exhaust Emissions

The complexity of the urban environment does not always allow for a clear
separation of road traffic sources; consequently, most of source apportionment
studies present results only for total contributions from road traffic. It is also
common to find studies where the road dust component of traffic emissions is
mixed with other mineral/soil sources. Nevertheless, for air quality management
and exposure studies it is important to understand the individual source
contributions. PM contributions from vehicular traffic should be differentiated
between exhaust and non-exhaust. Ideally non-exhaust contributions should be
further separated between road dust, brake, tyre and road wear.

Differentiating the contribution of road dust from the exhaust is problematic but
a key task since different processes are involved and different control measures/
strategies are necessary. The relative importance of these two categories changes
widely in space and in time. Spatially, road dust emissions increase largely not only
in Southern Europe (due to drier climate) and Scandinavian countries (due to road
sanding and the use of studded tyres) but also within a city environment, e.g. next to
construction sites and in heavy traffic roads. Timely, road dust emissions are
severely influenced by meteorology (precipitation, insulation, road humidity and
droughts). In addition, it is important to monitor the relative increase of non-exhaust
emissions (currently uncontrolled) against the motor exhaust emissions, which have
been progressively reduced in the last two decades by means of the EUROx
legislation. Due to their relatively coarser size distribution (typically between 1
and 10 pm) non-exhaust emissions contribute significantly in terms of mass to the
atmospheric concentrations of PM;, and PM, 5 in large cities causing a high
number of the exceedances of Air Quality Limit Values.

Discriminating source contributions within the road traffic sector is also of
importance for the health outcomes: low-contributing sources may be more relevant
to health. Heavy metals (such as Fe, Cu, Ba, Sb among others) originated by erosion
of brake and tyre materials and embedded in road dust induce oxidative stress.
Other toxic inorganic (sulphides; [32]) and organic (PAHs, [104]) compounds are
enriched in road dust particles. In California, a correlation between atmospheric
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concentrations of heavy metals (Fe, Cu, Zn, and Ni) and the mortality rate due to
ischemic heart disease was recently found [10, 11]. In Stockholm, Meister et al.
[12] estimated a 1.68% increase in daily mortality per 10 pg m™° increase in
PM, 5_;¢ concentrations, which include road dust and other coarse-size particles.
The association with PM, 5s_;o was stronger for November—May when road dust is
most important. Exposure to road dust particles (<below 2.5 microns) was
associated with a 7% increment of cardiovascular mortality in Barcelona [13].
Gustafsson et al. [105] found that particles from road wear caused by studded
tyres are at least as inflammatory as particles from diesel exhaust.

Given these evidences, the actual pollution scenario is not encouraging. An
overview of atmospheric concentrations of heavy metals in Spain (more than 20
monitoring sites) revealed that the highest concentrations of Fe, Cu, Sr, Sb, Ti and
Ba (and partly also Zn and Zr) are measured within the cities (rather than at
industrial hotspots), where most of the population live and work. Concentrations
increase further at roadside locations where also a significant part of population is
exposed. Consequently, for these metals, population exposure is much higher than
for common industrial tracers such as As and Cd [106]. Under this scenario,
investigating the role of non-exhaust emissions in air quality impairment and
their impact on health is a non-regret policy and a must for local authorities, mostly
considering that such particles are emitted locally, and are therefore easier to
control/mitigate, improving public health.

To date, research on non-exhaust emissions has been rather limited due to the
difficulties encountered by experimentalists and modellers to characterise and
describe the complex phenomenon of road dust resuspension and wear emissions.

3.1 Road Dust Resuspension

Among the non-exhaust sector, road dust resuspension is the largest contributor in
terms of mass. The starting point for a better understanding of a pollution process is
the characterization of the emission source. For road dust particles, the emission
source is the dust reservoir (i.e. the weight of mobilised particles deposited on road
pavement and available for resuspension). However not all the sediments are of
concern: only the fraction with average diameter below 10 microns is actually
measured at the receptors. To our knowledge two devices are currently available for
estimating the load of dust reservoir (<10 microns): IDPS (inhalable deposited
particles sampler) used to collect only mobilised particles below 10 microns from a
delimitated area of road pavement after which the sampled filters are gravimetri-
cally and chemically analysed, and PI-SWERL (Portable In-Situ Wind ERosion
Laboratory), consisting of an optical counter used to estimate the amount of PM,,
particles resuspended by a rotating helix within an enclosed chamber.

While the application of PI-SWERL has been limited to US studies [107, 108]
the IDPS device has been deployed in several European cities (Barcelona, Ziirich,
Utrecht, Madrid, Paris and Rotterdam) permitting a first European evaluation of the
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Fig. 3 Variability of road dust components with increasing traffic volumes [109]

road dust emission strength. Road dust loadings were found to increase significantly
from Central to Southern Europe [32, 109]. In the city of Utrecht (The Netherlands)
road dust loadings were typically around 0.5-2.5 mg m ™2, which correspond to
higher emissions than the average conditions in Zurich (0.2-1.3 mg m~?) but lower
emissions than Madrid or Barcelona (Spain) (3-9 mg m?). Figure 3 shows the
variability of several components with increasing traffic intensity. Brake-related
metals show an increase of loading with higher traffic volume (left chart). Current
research is investigating whether this is due to higher volumes of vehicles or higher
braking frequency. The right chart shows that loadings of typically mineral species
(Ca, Al and Si) vary regardless of traffic intensity revealing the existence of
additional sources of mineral species rather than only road wear.

The sources involved in the build-up of road dust reservoir are indeed numerous
and their contribution changes from one site to another. Determining the
concentrations of road dust components allows for the application of multivariate
models able to identify the main factors responsible for the build-up of road dust.
Typically four main sources are identified: a Mineral source (including road wear
and other crustal sources like construction activities), Brake wear, Tyre wear and
Motor exhaust. Figure 4 shows the average contributions in streets of Ziirich
(Switzerland) and Barcelona (Spain). Whilst in Zurich the four source contributions
are evenly distributed (about 17-33% each in average), in Barcelona the mineral
source is the dominant (72% in average). This information is of primary interest for
air quality managers, in order to design targeted mitigation measures to combat
road dust build-up and the consequent re-entrainment in the atmosphere. To this
aim, further research is currently needed in order to separate contribution of road
wear from that of external sources such as construction and spilling from trucks.

Estimating the contribution of road dust emissions on PM levels is problematic.
Given that a unique tracer has not been identified yet, several alternative approaches
have been followed so far:

» Receptor modelling

¢ Emission factors/dispersion modelling

» Use of proxies (mineral dust, kerbside increment of coarse PM, etc.)
e Coupling PM mass and size distribution
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Fig. 4 Average source contributions to road dust loadings measured at different locations in
Barcelona and Zurich

Receptor models are widely used tools for apportioning concentrations of
pollutants to different sources. They can be factor analytical methods (PMF,
PCA, UNMIX, etc.) or chemical mass balance (CMB). On the one hand, these
methods revealed to be very valuable to identify the main sources/categories of PM
pollution (road traffic, secondary particles, fuel oil combustion, sea salt, etc.) but on
the other hand they experienced difficulties in separating the contributions of
collinear sources such as mineral dust (natural resuspension) and road dust (anthro-
pogenic) or co-variant sources such as vehicle exhaust and road dust [34, 44, 45,
49, 55, 58, 110-113]). Significant improvements were made with the use
of combination of models or constrained models such as the Multilinear Engine
(ME-2).

In spite of the low number of studies and the wide range of methods used, it is
already possible to observe geographical variability on the road dust emission
strength and air quality impact. Central Europe experiences the lowest road dust
contributions due to the wet climate and the ban of studded tyres. This low “signal”
hampers the task of quantifying road dust contribution. In Germany, Beuck et al.
[42] estimated the contribution to PM;, from road dust in 2.4 ug/m3 (8%) and 0.3
(2%) at the urban and regional background sites, respectively. In Stuttgart non-
exhaust emissions from road traffic are estimated to be about twice as high as
exhaust emissions [114]. Bukowiecki et al. [33] have analysed the traffic-related
emissions (through trace elements, BC and nitrogen oxides) at a heavily congested
street canyon in Ziirich and assigned 21% of the traffic related PM;, emissions to
brake wear, 38% to road dust and 41% to exhaust emissions. Astel [115] could
distinguish road dust contributions from those of soil and vehicular exhaust in
Cracow and Vienna by combining several models (CMB, PCA-APCS, PMF and
UNMIX).

Thorpe et al. [116] proposed the roadside incremental concentration of coarse
particles above the urban background as a first estimate of the sum of source
strength road dust resuspension and the coarse fraction of wear emissions. Other
studies succeeded in separating different traffic emissions by means of multivariate
receptor models applied to PM size distribution data ([84, 117].
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In dry climates such as South European countries, the low and infrequent
precipitations hamper the wash-out and the moistening of road surface, favouring
road dust resuspension by traffic-induced turbulence. Moreover additional inputs of
dust come from the urban soil resuspension due to the little vegetal covering and
from sporadic intensive deposition of Saharan dust outbreaks or uncontrolled
construction/demolition activities.

The experimental evidence is given by the higher suspended PM;, mineral
matter at the urban areas of Southern Europe as compared to Central Europe [34,
44, 89, 118-124]). In a comparative study between European sites, Querol et al.
[44] highlighted that in Central Europe, the mineral contribution increases from
3-5 ug m > from urban background sites to 4—7 pg m~> at kerbside sites. In Spain
the increase found induced by traffic resuspension was much higher: from 10 to
16 ug m>. In Sweden the mineral aerosol accounts for 7-9 pg m > in urban
background but increases dramatically to 17-36 pg m ™ at the traffic sites, as a
result of the sanding and salting of roads during the winter and spring period and
the use of studded tyres. Consequently, the local road dust emissions account for
up to 924 ug m > in Sweden, 6 pg m > in Spain and for 1-5 pg m > for the rest
of countries studied: England, Switzerland, UK, Germany and Austria. These
differences in levels of crustal components may be attributed largely to the higher
dust accumulation and resuspension effect during dry conditions in the southern EU
countries and to the high emission during winter-spring times in Scandinavian
regions, whereas higher rainfall in the central EU countries may help to clean the
road dust from streets.

The application of receptor models permitted to better quantify the contribution
of road dust emissions. At the urban background of Barcelona Amato et al. [32]
applied a constrained PMF (by means of the ME-2 scripting) revealing that road
dust emissions were responsible on average for 16% of PM;, concentrations. An
interesting outcome of this study was that the contribution did not change over the
5 years of study, contrary to industrial emissions, for example, revealing the
existence of a non-controlled sector of transport emissions [32]. The same ME-
2 approach was followed by the US EPA that implemented it in EPA PMF v5.0 (of
soon release). In Madrid (Spain) similar contributions from vehicular exhaust and
road dust emissions (31% and 29% respectively) to kerbside daily PMq
measurements were estimated by PMF [125] over 1 month measurements. In
Greece, Karanasiou et al. [51] resolved road dust, motor exhaust and a soil factors
by coupling PMF2 and PMF3 models on multiple size fractions in Athens,
estimating the road contribution to be between 12% and 34% of PM;,. Manoli
et al. [50] applied in Thessaloniki (Greece) multiple regression on absolute princi-
pal component scores estimating that road dust was responsible of 28% and 57% of
PM,y and coarse PM, respectively.

In Scandinavian countries road dust emissions generate large quantities of coarse
particles by enhanced pavement abrasion and mechanical fragmentation of traction
sand grains [126-130].

Measurement of road dust emission potentials after road sanding on dry roads
indicated a 75% increase in PM, emissions after 2.5 h. This effect was short-lived
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and emission potentials returned to their pre-sanding levels within 8 h of the sand
application [131]. Hussein et al. [132] stated that as compared to friction tyres,
studded tyres may increase the road dust resuspension by a factor of 2.0-6.4.
Kantamaneni et al. [133] found that the addition of traction material increased
emission factor from 1.04 to 1.45 g veh™! km™'. Moreover, when roads were
sanded, the correlation found between emission factors and relative humidity was
not observed. Concerning road dust contributions Swietlicki et al. [59] estimated
that road dust source was explaining 32% and 54% of the variance of PM;, and PM
coarse levels in the city of Lund (Sweden) during Spring. In Copenhagen Wahlin
et al. [134] estimated by means of COPREM receptor modelling that road dust
resuspension accounted for 8 pg m > of the kerbside PM;, mass, while motor
exhausts reached 6 pg m . Such difference was even greater for particles in the
coarse size fraction. In a number of studies from Scandinavia, vehicle exhaust
emissions have been found to contribute only around 10% to traffic-related PM,,
emissions, with much of the remainder accountable for by resuspension [135, 136].

The emission factors (EF) for road dust emissions, expressed in mg per vehicle
per km trabelled (mg v kt™'), can be inferred from road dust loadings values
(mg m~?) by means of empirical formulas available in literature [137—140]. Beside
these methods, there are several experimental approaches followed to estimate road
dust EFs. Most used are the so-called upwind—downwind approach [141], the linear
relation between NO, and PM,, [142, 143] and the use of SF6 as tracer [144].
The number of studies estimating road dust emission factors is, however, still very
limited and observational studies are rather incomplete. In other words, the
emission estimates do not fully represent the wide range of conditions that are
present within Europe. Emissions vary depending not only on climatic and
meteorological conditions (impact of droughts, road moisture, precipitation, etc.)
but also on road type (residential, motorway, congested road, etc.), vehicle type
(passenger cars, light duty and heavy duty vehicles) and pavement type. In urban
paved roads a negative correlation between road humidity and dust emission factors
was found by Kantamaneni et al. [133]. Based on the limited literature available,
regional differences can be observed, with values ranging from 14-23 mg v kt ™
(UK) to 17-92 mg v kt~' (Switzerland, only LDV), 57-109 mg v kt~' and
46-108 mg v kt ' for Germany and Denmark, respectively, 85 mg v kt™' in
Spain, 121 mg v kt ™! in Finland and 198 mg v kt "' in Sweden [140, 145-147].
On freeways, based on the limited literature available, the reported emission factors
lower, ranging within 1047 mg v kt ™! [130, 146, 148, 149].

Once the emission factors and their variability are estimated, dispersion models
can be used in order to enable point data to be interpreted in terms of geographical
distribution of source contributions, as suggested by the Air Quality Directive
(2008/50/EC). This could serve as a basis for calculating the collective exposure
of the population living in the area and for assessing air quality with respect to the
limit values. Dispersion models are based on the use of meteorological data,
modules to account with physico-chemical processes occurring in the atmosphere
and EFs.
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Schaap et al. [145] proposed a simple methodology to account for traffic
re-suspension emissions in a large-scale modelling application by means of the
3D chemistry-transport model LOTOS-EUROS [150]:

Ftrs = Cclimcrs § § EFveh,roadeeh,roady

veh road

distinguishing two key factors: car type and road type. The first resembles the
aerodynamic properties of the cars and differentiates between heavy duty (HDV)
and light duty (LDV) vehicles. The second factor accounts for the dust reservoir as
function of traffic characteristics and road surrounding. The method is based upon a
vehicle-driven kilometre map (Dyen r0ad ) OVer Europe, typified for light duty (LDV)
and heavy duty (HDV) traffic and three road type classes (rural roads, urban roads
and highways), with corresponding emission factors (EF,ep0ag). The standard
emission factor was based on data for central Europe. However, the spatial variation
of emission strength is due to the variability in regional climate conditions (aridity)
and winter time practices concerning road sanding and studded tyre use. Account-
ing for these factors is important to translate the emission factors above to a
methodology which can also be used in southern Europe and during winter in
Scandinavia. Therefore, the methodology applies two factors, C¢jim, and Cyg, to
account for variability of traffic resuspension due to the variability of climate
conditions and road sanding activities scale.

Modelled contributions were validated against mineral dust observations across
Europe, revealing a significant improvement in spatial variation when compared to
the mineral dust modelling without emission without road dust resuspension. The
temporal variation needs improvement as the dependency of resuspension source
strength on day-to-day meteorology is crudely parameterized.

With the abovementioned technique Hendriks et al. [30] estimated that road dust
resuspension contribute around 10-15% of modelled PM;( on a European scale and
up to 30% in densely populated area of South Europe (Fig. 5). These estimates are
relative to the modelled concentrations, which are lower than observed ones due to
uncertainties in primary organic emissions and the lack of secondary organic
compounds. However, this overestimate is probably compensated by the fact that
in the model, peak contributions (in cities) are not captured due to the model
resolution (25 x 25 km).

3.2 Wear Emissions

Wear emissions comprise abraded particles from brake linings, tyres and road
pavement. Details on chemical and physical properties of wear particles can be
found in Thorpe and Harrison [3]. Kousoulidou et al. [151] showed clear evidence
that non-exhaust sources become increasingly important as no emission control
strategies are taken by Member states. Among them, road pavement wear is
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Fig. 5 LOTOS-EUROS relative contributions from traffic-induced resuspension to modelled dust
(left) and PM, (right) concentrations

probably the most difficult source to track given the few existing emission tests
[152] and the chemical similarity to other mineral sources (construction materials,
soil, etc.). Cu and Sb ambient concentrations and their ratio have already been
shown in the literature to be useful chemical tracers for brake wear-related
emissions. Brake wear emissions may be responsible for 50-75% of the total copper
emissions to air for most of Western Europe [153]. Brake pad compositions
normally show values for Cu/Sb in the range of 9-18 [154, 155] although it can
be below 2 [156] depending on the manufacturer. When referring to ambient
concentrations of Cu and Sb in the PM;, fraction the ratio Cu/Sb lies between 4
[157] to more common values of 7-9 in most urban sites [2, 32, 121, 158-162]). In
road dust samples [109] found a rather constant Cu/Sb ratio (6.8 £ 0.9) only at one
city (Barcelona), while in Ziirich and Girona, the ratio was varying considerably,
being the average values 13.5 + 6.1 and 17.0 £ 8.9, respectively.

Contribution estimates of wear emissions in Europe are still few [30, 32, 134, 163,
164]. The few estimates over Europe were found to vary from negligible up to
4.0 pg/m® (10% of daily measured PM,, mass. At a regional scale, brake wear
emissions contribute up to 2 pg/m> (Fig. 6). Although the contribution of brake
particles is not dominant in terms of mass, their health concern might be the most
relevant. After the ban of asbestos fibres for brakes manufacturing in the mid-1990s,
composition of brake linings has rapidly changed, but there is still a number of
possible toxics used and the information on materials employed by each manufac-
turer is missing. Generally, materials used for brake linings include metallic friction
materials (Fe and Fe—Cu oxides), lubricants (graphite and Fe—Sb—Mo-Sn-Mn
sulphides) and mineral fibres (Barite, Calcite, Zircon and Al-silicates) used as fillers.
However, the composition can change largely from one brand to another and from
one country to another. Also, the composition and size of brake particles can change
during braking due to the high temperature and friction stress. As an example, at



Road Traffic: A Major Source of Particulate Matter in Europe 183

0.0 05 1.0 0.5 2.0 25 3.0 35 4.0 45 50 00 01 02 03 04 05 06 0.7 08 09 1.0

Concentration of tpm 10 resulting from brakewear [pg/ma] Concentration of resuspension and brakewear to total modelled pm10

Fig. 6 Modelled contributions from brake wear over Europe (LOTOS-EUROS model; [30])

T > 850°C, Sb,S; (Stibnite) is oxidated to Sb,O5, which is classified as possible
carcinogenic in humans [165]. A detailed inventory, at national level, of
manufacturers and brake materials is urgently needed, in combination with field
and laboratory tests.
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Abstract Methodologies and results of approaches used for the source apportion-
ment of particulate matter in Germany are reviewed. Due to the relatively large
number of interested parties and stakeholders, in particular the 16 German Federal
States and the Federal Environment Agency, the information was found to be quite
dispersed.

Based on the PM levels measured in the state monitoring networks the incre-
mental increase of PM from rural to hot-spot conditions is one of the most widely
investigated aspects. As a general conclusion a large-scale PM10 background
contribution of ca. 50% appears to be typical, with the other 50% originating
from urban and local (traffic, industrial) influences. Combination of this spatial
information with emission registers reveal detailed information on the shares of the
various sources; however, PM formation processes not included in the emission
inventories as well as trans-boundary impacts are neglected in such analyses.
Complementary information thus is provided by receptor models and chemical
dispersion models, both showing significant importance of secondary aerosol
formation and, especially in the eastern part of the country, transboundary intrusion.

Many source categories have been investigated in more detail and are presented
in separate sections, as e.g. exhaust and non-exhaust traffic emissions and domestic
wood combustion.
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1 Introduction

Source apportionment of airborne dust is a technique allowing us to identify and
quantify sources contributing significantly to ambient air pollution. Airborne particles
have various environmental and health effects. They are, by Aeolian transport of
particles, important nutrient sources but also cause negative health effects for humans
especially after inhalation. Sources and meteorological conditions significantly
influence ambient particle concentrations and hence human and environmental expo-
sure. Exposure also varies significantly throughout Europe, and within each country.
In case of Germany, a large fraction of the population lives in urban agglomerations
which historically have been centred along trading routes, rivers and industrial (coal
mining and steel production) areas. Thirteen of the EU’s 50 largest cities by population
are located in Germany. Hence identification and quantification of source
contributions to ambient particles is of interest especially for urban areas with their
high population density and proximity to significant sources of air pollution.

Although the air quality situation has been improving throughout the recent
decades (cf. Fig. 1), these agglomeration areas still face air quality problems. Dust,
with high levels of coarse particles, and sulphur dioxide led to frequent (winter)
smog episodes in the middle of the twentieth century. At present, fine dust (PM10,
PM2.5, particles with aerodynamic diameters <10 and <2.5 pm, respectively) and
nitrogen dioxide pose the major issues. In cities, the latter pollutant is largely
influenced by automotive traffic; a multitude of sources, however, is contributing
to the PM levels. This complicates the development of mitigation actions and calls
for deeper insights into the source—receptor relationships.
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Fig. 1 Time trend of dust concentrations in the Rhine-Ruhr agglomeration (reprinted by courtesy
of LANUV, 2012, Diagram provided by Ulrich Pfeffer, personal communication)

2 Source Apportionment Approaches

A number of different methods and models exists to apportion particle contributions
to a specific source or source group. Unfortunately there is not a one perfect method
to be employed. Different approaches are currently used depending on the type of
data available and the preferences of the researchers. The various approaches vary
with respect to the computational effort and to the degree of knowledge needed on the
source-related emission rates and emission composition. Also, the outcomes vary
between the different approaches. Nevertheless some comparison studies showed that
major sources are identified by most methods and agree in their trends. Reviews can
be found in, e.g. [1, 2].

2.1 Spatial Increment Approach

The most simple and widely used “spatial increment” approach compares concentra-
tion levels measured in different environments, assuming that the actual level at a
given site is the sum of emissions released on regional, urban, and local scales
(cf. Fig. 2). Hence, by calculation of the spatial increments (e.g. traffic-urban
background, urban background-rural background) basic assessments of the shares
of emissions from the different “source areas” can be obtained. This approach
constitutes the first step within a source apportionment method first proposed by
Lenschow et al. [3].
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Fig. 2 TIllustration of the “spatial increment” approach according to Lenschow et al. [3]

2.2 Lenschow Approach

The basic increment approach described before has further been extended [3] to
include chemical composition data (for the major compounds) as well as emission
inventories for the corresponding areas. Using this data, the measured compound
concentrations are apportioned according to the relative shares of the corresponding
emissions for each environment.

The Lenschow method has become particularly attractive for Germany’s air
quality management authorities (e.g. [4]) since it directly relates measured PM
levels to source categories listed in official emission inventories. For example,
measured regional levels for elemental carbon (EC) are distributed according to
the shares of various EC emission sources registered in the national emission
inventory. Similarly, the urban increments are related to the urban emission register.
The local increment, e.g. measured at a traffic site, is considered to be exclusively
caused by the local traffic emissions, if chemical composition does not indicate
otherwise. Similar computation is performed for all other measured compounds.
Clearly, the validity of the result depends on the accuracy and completeness of the
emission registers. Moreover, for some source types the distribution depends on
assumptions that may be considerably uncertain (e.g. tailpipe/non-tailpipe traffic
emissions). Natural sources as well as contributions by trans-boundary long-range
transport are not always included, which may cause overestimation of the relative
contributions by national emission sources [5].
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2.3 Mass Closure/Tracer Based Approaches

A further, from computational point of view, rather simple method is based on
general information about emission source profiles which is used to assort the
measured PM compounds into different source categories [6]. This method can be
applied, for instance, easily and rather accurately in case of marine aerosols which
mainly comprise sodium and chloride. Based on the measurements of one or both
compounds the fraction of PM10 generated by sea spray emissions can be computed
from the well-known sea water composition. Sodium can be considered as the more
suitable tracer for inland sites [7] as the marine aerosol is frequently subject to an
exchange of chloride for nitrate (reaction with gaseous nitric acid) during the
transport. Similarly, contributions by mineral dust from soil erosion may be assessed
measuring silicon and/or aluminium concentrations (e.g. [8]). Elemental carbon is
the most widely used indicator compound for traffic exhaust emissions, while
elements like Cu, Ba and Sb are suitable tracers for non-exhaust traffic emissions
from brake and clutch wear [9]. Organic carbonaceous matter in many cases reflects
both natural (secondary aerosols from natural VOC emissions) and anthropogenic
(e.g. wood burning) sources. A major difficulty with tracer-based approaches is to
find the correct relationships between the tracer compound and the total particle
mass assigned to the source or process. The multiplication factors to be used may
have significant spatial and temporal variability.

In addition, most chemical analyses used for the mass closure and tracer
approaches are made from bulk samples collected on filters. Consequently, particles
with different origin but similar chemical composition can hardly be distinguished.
To cope with such overlaps methods based on electron microscopy coupled with
X-ray spectroscopy have been developed [10, 11].

2.4 Statistical Receptor Models

The problem mentioned before has led to the development of statistical receptor
models (Fig. 3) which nowadays are the most widely used tools for PM source
apportionment. They can be applied even to a single site and need a time series of
PM mass concentrations and corresponding chemical composition data. Depending
on the method, these analyses are based only on the receptor data or additionally use
information on the chemical composition from the relevant emission sources (emis-
sion profiles).

In Germany, as well as generally in Europe, multivariate methods (PCA and
PMF) are the predominantly applied tools (see [1]). Their main advantage is that no
information about emission sources is needed, and sources or processes so far not
registered in an emission inventory may be detected. On the other hand, the
analytical effort to be invested is considerably higher than for the previous methods
since these models need “enough” data to disentangle the sources and source
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Fig. 3 Statistical receptor model categories and specific models (italics/dashed arrows) (reprinted
from [1] as modified from [12] with permission from Elsevier)

contributions based on data intrinsic correlations between the different compounds.
Trace compounds (heavy metals, polycyclic aromatic hydrocarbons, organic tracers
like levoglucosan) in the obtained source profiles, that is a source group-specific
chemical composition of PM, are important auxiliary indictors for source identifi-
cation. Temporal variation of factors and tracer compounds (seasonal, weekday/
week-end and diurnal) may provide additional information to verify the source
assignments (e.g. [13]).

A further complication is the basic assumption of the statistical methods that
source profiles neither change during air transport nor with time. Therefore they
cannot be applied strictly to secondary aerosol constituents formed in the atmo-
sphere by gas-to-particle conversion processes. Still, the secondary aerosol
constituents tend to be grouped into one source group since they have a common
“source”, i.e. formation in air triggered by solar irradiation.

2.5 Dispersion and Chemical Transport Models

Small scale dispersion models are traditionally used in environmental assessment
studies for new industrial plants to evaluate the add-on impact on air pollution levels.
State-of-the-art Lagrange models calculate the trajectories of particles released by
the source within three-dimensional wind fields which are generated from typical
meteorological data including information on orography, surface roughness and
obstacles (buildings). Although the computational effort is significant such models
are a valuable complementary approach in a PM source apportionment, particularly
addressing large point sources. The add-on concentrations delivered by dispersion
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models have to be completed by an assessment of regional background levels and
evaluations/modelling of small scale local processes (e.g. [4]). Dispersion modelling
on the urban scale is possible using special Gaussian plume models which may
include canyon-plume-box approaches for street canyons (as implemented, e.g. in
the IMMIS — air quality models [14, 15], a widely applied tool for air quality
assessment in Germany)

Even higher computation capacities are needed for chemical transport models
(CTMs) which extend the pollution transport by modules simulating the atmo-
spheric multiphase chemistry and aerosol physics. CTMs are usually operated in a
nested mode, with large grid cell sizes (e.g. 125 km x 125 km) on hemispheric or
European scale and small grids for the region of interest (down to 1 km x 1 km).
Several CTMs have been developed in Europe, in Germany mainly REM-Calgrid
[16] and EURAD [17] have been used. Still, CTM models appear to have problems
with accurate modelling of PM concentrations, particularly at high PM levels [18].
Nevertheless they may be used for assessing contribution of sources, in the most
simple case by comparing model runs with the emissions of a target source category
either switched on or off. Considerable computational resources are needed since
these runs have to be done sequentially (or on parallel systems). To overcome this
situation methods have been recently developed [19] to “tag” or “label” emitted
compounds in such models and hence to detect the various contributions in the
modelled PM concentrations. The latter approach may also be viewed as more
realistic since it also includes all non-linear effects.

2.6 Back-Trajectory Modelling

Source apportionment studies are frequently complemented by air mass origin
analyses to identify where high pollution levels or certain compounds of interest
come from. For small to meso scales this can be done by, e.g. wind rose analysis,
whereas long-range transport is better assessed by using back trajectories calculated
by a suitable dispersion model [20].

Most of the CTM models mentioned in the previous section allow back-
trajectory calculations; however, access is possible only through the research
groups operating these models. Therefore, the most widely used tool is the open
access NOAA Hysplit model [21].

In a basic approach for each measurement day several trajectories are calculated
varying in the time of arrival and height above ground level for backward periods of
usually 3 or 4 days. Such single-day calculations have been proven to be particularly
useful in case of short-term dust events caused, e.g. by long-range dust intrusions
from arid regions or wildfires. It should be noted that due to spatial resolution limits
(typically grid size is 1° x 1°) back trajectories cannot be used for the identification
of sources located close to the receptor site.

To get a temporally more representative picture of the distant regions associated
with, e.g. episodes with high PM levels computation of trajectory data is needed for
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longer periods (up to several years) and multiple sites. The obtained trajectory
cloud can be further processed by means of statistical methods like clustering [22]
to identify the most relevant types of air mass transport to the sites or areas under
consideration.

Moreover, advanced evaluation methods exist to apportion PM levels measured
at the receptor site to the trajectory segments (e.g. the residence time weighted
concentration method [23]) or to regions (grid cells) hit by trajectory ensembles
(e.g. the potential source contribution function, PSCF [24, 25]). Software tools are
available which facilitate such calculations and visualisations of the results [26].

3 Source Apportionment Studies Carried Out in Germany

3.1 Overview

Source apportionment studies have been carried out since the late 1990s in a
number of the German Federal States (see Table 1 and Fig. 4). Source attributions
were done by chemical analysis and tracer assignments in basic approaches, often
extended by basic Lenschow analyses (spatial increment calculations); the full
Lenschow approach including emission register assignments has been used less
frequently. Also receptor modelling using multivariate factor analyses (either PCA
or PMF) were applied several times, sometimes supported or complemented by
results of dispersion or chemical transport models and back-trajectory analyses.

In Fig. 4 an overview of the “chemical composition”, already grouped according
to source processes, of PM10 in Germany is shown. The unaccounted PM mass in
these mass closures is frequently around 10—20% which can reasonably be assigned
to particle bound water and analytical uncertainties. Higher unaccounted mass
fractions in most cases also comprise the mineral dust fraction since analyses of
silicon and aluminium are scarcely done in routine. In some studies only the main
ionic PM constituents were analysed, and the unaccounted mass then became the
major fraction and comprises carbonaceous particles as well.

Apparently there is only a limited spatial variability in the overall chemical
composition. This indicates that a large fraction of PM, in particular the secondary
inorganic and organic aerosol, is formed and dispersed on a rather large spatial scale
and can be found everywhere. The increase of PM concentrations in urban back-
ground compared to rural conditions thus can be (at least partly) explained by less
favourable atmospheric dispersion conditions within the cities leading to accumu-
lation of the particles advected from the regional surroundings. However, in case of
influences by strong local sources e.g. high-trafficked street canyons, a clear shift in
the chemical profile towards higher shares of related compounds (carbonaceous
aerosols and metals) can be seen.
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Table 1 Overview on PM source apportionment (SoAp) studies carried out in Germany

No. Sites Year(s) SoAp-method Reference
tr, ub, rb 2008 Spatial increments [27]
Various 2011 Back trajectory clustering [28]
Not specified 2002 CTM modelling [29]

1 tr, ub, surb, rb 2006 Increments [30]

2 tr, ub, rb 1992; 1999 Lenschow [3]

3 Various 1990-2000 Increments [31]

4 tr,surbrb 2001-2002 Lenschow [32]

5 tr, rb 2002-2003 Increments [85]

6 tr, ub, rb 2001-2002 Tracer assignments, trajectories [33]

7 tr, ub, surb 2003-2004 PCA, Lenschow [45]

8 ub, surb, rb 1999; 2000 Mass closure, tracer [6]

9 tr 1995-1998 Tracer assignments [34, 35]

1998-1999 PMF

10  tr, ub, b 2006-2007 Mass closure, tracers [36]

11 ub 2002/2003 PMF [13]

12 ind 2005-2006 Single particle analysis, mass closure, tracer [86]

assignments

13 ub 2006/2007 PMF, cascade impactor data [37]

14 ub, b 2008/2009 PMF, mass closure [7]

15 tr,ind, ub, rb 2001-2002 Lenschow [38]

16 ub Single particle analysis, mass closure, tracer [87]

assignments
17 tr,ub, b 2007-2008 Lenschow, PMF [39, 40]
18 ub 2006/2007, PMF [41]
winter

19 tr 2006 Increments [88]

20 Various 2004 Dispersion and resuspension models [4]

21 tr,ub, rb 2006-2007 Mass closure, tracer assignment [42]

22 tr,ub, rb 2007-2010 Mass closure, tracer assignment [43]

Site indicators:
background

3.2 General Source Apportionment Results for Germany

tr traffic, ub urban background, surb sub-urban background, rb rural/regional

3.2.1 Spatial Analyses/Source Regions

The first three studies listed in Table 1 aimed at deriving source-related information
for the whole of Germany. PM10 levels measured around and within nine urban
agglomerations in Germany were evaluated by the increment approach for the years
2003-2005 [27, 44]. Typically 40-50% of the PM 10 concentration measured at an
urban traffic site can already be observed in the rural vicinity. Thus this fraction is
likely caused by advection of particles stemming from regional sources including
atmospheric transformation processes. The remaining fraction of 40-60% can be
attributed to general urban sources and the traffic emissions close to the measure-
ment location. The actual levels and shares at a given site depend on many factors,
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Fig. 4 Average chemical composition of PM10 at various sites; reference numbers in the map
relate to numbers in first column of Table 1. Size of circles is proportional to annual averages of
PM10 mass concentrations (maximum: 55 pg/m)

as indicated by the variance shown in Fig. 5. A look at weekly profiles (Fig. 6)
shows the impact of anthropogenic activities by the increase of PM concentrations
over the week and decrease during the weekend for nearly all site types. Interest-
ingly, in regional and often in rural background sites minimum PM concentrations
are observed on Mondays, probably due to lower secondary aerosol concentrations
which reflect lowered emissions of gaseous precursor compounds (particularly
NOx) over the weekend.

More recently, a statistical analysis of back trajectories [28] was carried out for
the years 2005-2009 and five German regions. For each region, 12 trajectory
clusters were identified (example shown in Fig. 7a) and evaluated with respect to
their seasonality and correlation with high PM10 levels. While regional to local
sources appear to be more important in the two westerly regions, a pronounced
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Fig. 5 Box-—whisker plot with minimum/maximum (vertical line), 25th and 75th percentiles
(box), and median (horizontal line) of PM10 concentrations (averaged for similar site types in
the considered agglomerations) (from [44] adapted with permission from Informa Healthcare)
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Fig. 6 Averaged PM10 weekly variation of different site types and comparison for weekend and
work days (from [44] adapted with permission from Informa Healthcare)

influence of trans-boundary transport on the PM10 levels was evident for the three
easterly regions.

The general incremental structure described before was confirmed as shown in
Fig. 7b. For the eastern German region shown, episodes with high PM10
concentrations are associated with weather periods characterised by low wind
speeds and predominantly south-easterly directions.
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Fig. 7 (a) Trajectories representing the clusters for an eastern German region (b) relative
contributions to PM10 levels (bars) and mean PM10 concentrations (markers) for rural (green,
stars), urban (blue, triangles) and traffic (red, diamonds) sites per trajectory cluster (from [28] with
permission from authors and publisher)
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This result is in line with CTM model calculations of the contribution of inland
and foreign emissions to PM levels in Germany [29]. According to that study,
regional PM10 levels would decrease to less than 10 pg/m if only the German
emission sources are considered, and below of ca. 20 pg/m in agglomeration areas
(Fig. 8a). This corresponds (Fig. 8c) to ca. 40% and ca. 60%, respectively, of the
PM10 levels modelled in a base run including all emissions. The complementary
impact of non-German emissions on the PM level and their relative share to the base
run levels are shown in Fig. 8b, d, respectively.

3.2.2 “Lenschow” Studies

The source apportionment approach according to the full approach proposed by
Lenschow et al. in 2001 has not very often been carried out in Germany despite
being a rather straightforward method. Following the first original analysis a more
extended study based on comparisons of several traffic influenced, urban background
and rural background sites in and around Berlin was carried out for the years 2001/
2002 [32]. For a traffic site in Dresden a 1 year study on the chemical composition of
various PM size fractions was made which included short comparative measurements
with urban and rural sites. A Lenschow analysis was carried out based on the results
of these campaigns [45]. A third study used chemical composition data obtained
during the cold season in the region of Frankfurt [40]. The source apportionment
results obtained for the hot-spot (traffic) sites are summarised in Table 2. A similar
overall contribution of 40-50% by traffic emissions is apparent. For the other source
categories more variable shares were obtained. This, on the one hand, reflects the
different measurement periods (higher shares for domestic heating in the cold season
campaign in Frankfurt a. M.), and, on the other hand, the different scope of regional
and local emission registers.
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Fig. 8 Upper: CTM model results for PM10 levels. Lower: relative shares of sources in percent-
age compared to base run. (a, ¢) German sources on, foreign sources off; (b, d) German sources
off, foreign sources on; from [29] with permission from publisher

3.3 Main Sources and Processes in Detail

3.3.1 Natural Sources

On the global scale, natural emissions of particulate matter from wildfires,
volcanoes, sea spray, wind erosion and the biosphere are estimated to exceed by
far the emissions by anthropogenic activities (Hainsch [31] quoting Warneck [47]).
In densely populated and industrialised countries like Germany this relation
changes and on average natural aerosols are thought to play a minor role compared
to anthropogenic particle emissions. However, short-term events like volcano
eruptions [48] and trans-boundary dust intrusions from arid areas (Fig. 9) have
sporadically led to elevated PM concentrations in parts of Germany [49].

Besides such high PM events, more frequent natural contributions to PM mass
concentrations may occur from biogenic particles [50] and from sea salt.

Biogenic particles which comprise primary (fungal spores, bacteria, viruses, plant
debris) and secondary organic aerosol (SOA) from biogenic non-methane VOCs are
part of the commonly measured organic carbon fraction. Model results [51] indicate a
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Table 2 Results from source apportionment studies applying the “Lenschow approach”

Region Berlin Frankfurt Dresden
2 weeks winter/3
1 year Winter October weeks summer
Period of measurements 1 year 1998  2001-2002 2006-April 2007 2004
Study [3] [46] [40] [45]
Mean PM10
concentration
(ng/m®) 52 33 33 27
Source contributions (%)
Traffic (exhaust) 33 28 27
Traffic (non-exhaust) 17 21 23 44
Other mobile sources 3 3
Aviation industry 21 15 17 25
Small enterprises 1 9 2
(combustion)
Solvent production 0 4
and use
Domestic heating 5 8 11 4
Private consumption 1 4
Waste treatment 0 1
Agriculture 3 28
Biogenic 11 13
Other 5 7 4

Fig.9 Left: satellite photo (infrared, 10.8 um) of the Sahara dust plume on 28 May 2008, 12 UTC.
Source: EUMETSAT Meteosat [49]. Right: 72 h backward trajectories for 26 September 2008
showing air mass origin from arid regions north of the Caspian sea (NOAA Hysplit 4.9, data
processed by TrajStat; reprinted from [7] with permission from Elsevier)

contribution of about 1-2 pg/m® from SOA, and less than 1 pug/m® from primary
particles, mainly fungal spores [52]. However, quantification of the natural portion of
SOA in urban environments by measurements remains a challenge and is a topic of
current research [53, 54].
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Table 3 Estimates for mineral dust concentrations for regional and urban background in north-
west Germany, based on different calculation equations (reprinted from [7] with permission from
Elsevier)

Model Included compounds Mean regional (ug/m3) Mean urban (ug/m3)
PMF MinDust All measured 1.7 4.3
Crustal sum Mg, Ca, Si, Ti, K, nss-Na 1.2 3.1
Crustal sum + Fe Mg, Ca, Si, Ti, K, bss-Na, Fe 1.4 4.7
IMPROVE Al, Ca, Si, Ti, Fe (K) 1.5 5.3
RIVM Al, Si 1.0 2.5
nss-Ca®* Tracer  Ca, Na 0.7 2.1
Ca®* Tracer Ca 0.8 2.2
Al Tracer Al 1.5 3.8

3.3.2 Sea Salt

The impact of sea salt, based on sodium measurements, on the PM concentrations
has been evaluated in numerous studies throughout Europe and compared to model
results [55]. Sea salt sodium concentrations clearly depend on the distance to
coastal areas, with a concentration range from <0.1 pg/m® at continental sites
and >3 pg/m® close to the shores. In Germany, higher sea salt fractions in PM
are only observed during westerly wind directions and high wind speeds. High
turbulence interconnected with the high wind speed also lead to fast dilution of
emissions. Hence, the sea salt fraction is inversely correlated with PM mass
concentration and only has minor effects on the exceedance of PM limit values [7].

3.3.3 Mineral Dust

Mineral dust (MD) is a ubiquitous PM component generated by multiple sources
including natural wind erosion, agriculture and other anthropogenic activities (e.g.
construction works, re-suspension by traffic). Its natural elemental composition
consists of Si, Al, Ca, K, Ti, Fe, Na (non-sea-salt) and oxygen, as most of the
compounds are found in form of their oxidic minerals.

A number of different calculation schemes have been developed for the assess-
ment of the mineral dust PM fraction (Table 3). Some of these schemes are valid
only for sites with negligible anthropogenic influence, since, e.g. the use of Fe as
tracer may lead to an overestimation in environments influenced by traffic or steel
industry. Si and Al are known as the most suitable tracer components [8] as they
represent most of the MD mass and have hardly any anthropogenic source except
fly ash from coal combustion [56]; however, both components are not commonly
measured in German air quality networks. For regional and remote background
situations also water soluble Ca was shown to be a suitable tracer [7, 57]. In an
eastern German study the MD contribution was calculated from Ti values, a method
which for other, more industrialised regions with titanium production or processing
may lead to overestimation.
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Contrary to southern Europe where Sahara dust intrusions occur more frequently
particle size-resolved analyses show almost no mineral dust in the submicron
particle fraction in central and northern Europe (d,. < 1 um) [7]. As mentioned
before, the mineral dust fraction occasionally can become dominating in case of
long-range dust intrusion events.

Table 3 also shows that an MD factor resolved by receptor modelling (PMF)
reveals higher concentrations than tracer-based calculations. This may be due to the
fraction of biogenic organic matter being present in soils unaccounted by tracer
approaches.

3.3.4 Secondary Aerosols

Secondary aerosols comprise the inorganic ions sulphate, nitrate and ammonium, as
well as a fraction of the organic matter (OM). The inorganic ions have their origin
in emissions of the gaseous pollutants SO,, NOx and NHj, and as such are
indicators for emissions from combustion processes and agricultural activities,
respectively. In Germany only negligible contributions to these PM compounds
are expected to stem from natural sources as, e.g. volcanic activities, wildfires and
thunderstorm flashes. As indicated in Fig. 4, the inorganic secondary aerosol almost
everywhere makes up a major fraction of the PM 10 mass concentration. Their share
typically rises disproportionately high with increasing PM levels [46], particularly
in case of “PM episodes”, which are driven by special meteorological conditions
with a low atmospheric mixing [58].

Size-resolved analyses show that these compounds, being products of gas-to-
particle conversion processes, are predominantly found in the fine particle fraction.
This makes them highly susceptible to long-range transport.

A receptor model analysis in western Germany separated nitrate-rich from
sulphate-rich secondary aerosols, with the latter being accompanied with vanadium
and nickel [7]. Such factor composition pinpoints to heavy oil combustion sources
which can be found, e.g. in oil refineries, off-shore platforms and overseas ships. In
addition, trans-boundary pollution from eastern European countries is a significant
source.

Nitrate-rich secondary aerosol, mainly composed of ammonium nitrate, on the
other hand, is predominantly formed on medium spatial scale and hence may have
its major origin within Germany. Large sources for NHj, one of the aerosol
precursor compounds, are located in the agricultural areas of north-western
Germany (“Swine belt”). The other precursors, oxides of nitrogen, stem mainly
from industrial and traffic-related combustion sources.

3.3.5 Traffic

In most urban regions in Germany traffic emissions are considered the major local
PM source. In street canyons PM concentrations caused by traffic emissions may
become equal to or higher than the urban background concentrations, hence leading
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Table 4 Emission factors reported for non-exhaust traffic emissions

Brake wear Resuspension
Country Traffic situation (mg/km/veh.) (mg/km/veh.) Reference
Germany Motorway, free flow, 9% 5¢ [44, 64]
20% heavy duty
Switzerland Motorway, free flow, 3% (1.6°/9°) 48* (28°/160°) [65]
15% heavy duty
Urban street canyon 15 (8°/81°) 27% (1°/262°)

“Total fleet
*Low duty vehicles
“Heavy duty vehicles

to frequent exceedances of the daily PM limit value. Even the annual PM limit
cannot be attained at a few locations (e.g. Stuttgart, Fig. 4).

PM from traffic comprises compounds which originate from the combustion
exhaust (primary and secondary carbonaceous aerosol, secondary nitrate) and from
non-exhaust processes (brake, clutch and tyre wear and road dust re-suspension).
As a “rule-of-thumb”, the ratio of exhaust to non-exhaust contributions for the
urban environment was found to be 60:40 in Germany [59]; however, the ratio is
highly variable for different traffic situations, fleet compositions and road condi-
tions. Based on the various studies carried out in Germany and neighbouring
countries during the last decade generalised procedures to calculate non-exhaust
PM emission factors for various traffic situations have been derived [60]. The range
of emission factors, which will be imbedded into the handbook on traffic emission
factors (HBEFA [61]), is 2645 mg/km for passenger cars/light duty vehicles and
100-1,200 mg/km for heavy duty vehicles.

Still, considerable uncertainties exist with regard to the different kinds of non-
exhaust PM emissions. In recent studies tyre abrasion, initially estimated to make up
to 10% of total traffic PM10 contribution, has been shown with a new method for
analysing specific rubber components to have much lower impact [62]. Accordingly,
most tyre particles have aerodynamic diameters above 10 um and their contribution
to PM10 is 0.5 mass% at maximum.

Similarly, different results have been found for the impact of brake wear
particles. While unequivocally a strong enrichment of brake-related chemical
trace elements (Sb, Ba, Cu) is found at trafficked sites [63], the quantification of
overall PM contribution from brake wear is associated with uncertainties. An even
wider range of emission factors was found for re-suspension of road dust
(cf. Table 4). It should be noted that re-suspension may be a strong source of PM
during wintertime when de-icing salt is spread out. For a traffic site in southern
Germany exceedance of the daily PM limit value could be tracked back to road
salting in 12 of 43 cases [66].
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3.3.6 Domestic Heating

Traditionally, hard coal and lignite were used in wide parts of Germany for house
heating purposes. This practice has almost ceased today and natural gas or light fuel
oil is used predominantly. This development has considerably contributed to better
air quality in cities. However, wood burning has been steadily increasing in recent
years, due to ever-rising costs of fossil fuels and policies favouring renewable
energy supply as a countermeasure against global warming. Total PM emissions
from domestic heating appliances have been investigated [67] and are estimated to
meanwhile exceed those from traffic exhaust [68]. Consequently, urban areas are
facing a new problem with particulate emissions originating from small single
stoves and open fireplaces.

Dispersion model calculations for the city of Augsburg [69] revealed that the
average additional PM10 load during the heating period is highest close to the
sources and can go up to 3.5 pg/m>. From a study based on measurements of tracer
components (K, Levoglucosan, organic carbon) it was concluded that domestic
heating may contribute up to 30% to the PM10 concentrations observed at traffic
sites [66].

3.3.7 Industry

Industrial production is a major economic sector in Germany and so industry
emissions were and still are important regarding air quality. However, since the
1960s mitigation actions based on national and EU regulations have led to consider-
able emission reductions, most prominently for (coarse) dust, soot and sulphur dioxide
[89], toxic compounds like heavy metals [70] and dioxins [71].

The German Federal Environment Agency and a number of German Federal
States have conducted dedicated emission measurement programs to evaluate the
stack emissions of airborne particles and the shares of various PM fractions [72]. For
about 70% of the more than 100 investigated facilities total dust emissions were
mainly characterised by PM10 particles. Substantial coarse dust (>PM10) emissions
were found in the cement and mineral processing industry, as well as agricultural
installations (e.g. poultry stables). High shares of PM2.5 and PM1.0 were particularly
found for thermal installations. These results contributed to the improvement of
emission inventories and are essential as input for chemical transport models.

Industrial emissions may contribute significantly to the PM10 burden at selected
receptor sites as was also shown using the Lenschow approach. To a large part this
assessment is due to the assignment of measured secondary aerosol components to
industrial emissions of sulphur dioxide and nitrogen oxides which are not produced
locally. Statistical receptor models like PMF, on the other hand, are able to identify
local industrial impacts which can be seen in elevated levels of trace compounds,
but hardly attribute secondary aerosol compounds to any specific industrial source.
For example, a PMF study was carried out for a receptor site located a few
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kilometres east of the Rhine river where one of the largest European steel plants and
other metallurgical industries can be found. By wind direction analyses, a factor
with high shares of iron and zinc could be attributed to these sources, contributing
on average 7% to PM10 [13]. Further investigations close to the steel plant [73-75]
clearly showed local influences (surplus burden 8.7 pig/m?) and provided insights
into the contribution of various production processes.

3.3.8 Agriculture

Particularly in the northern part of Germany, agricultural activities have a signifi-
cant impact on the chemical composition of airborne particles. Agriculture is by far
the major emission source for ammonia [76] which to a large part ends up in
ammonium salts formed by reaction with sulphuric and nitrous acid. While ammo-
nium sulphates are stable solids, ammonium nitrate is a semi-volatile compound
exhibiting a pronounced seasonal variation with lowest values in summer [77].
Besides ammonia emissions agriculture also contributes to Aeolian soil dust sus-
pension [78], carbonaceous particles from off-road vehicles and direct release of
biogenic particles from stables [79].

4 Resume and Outlook

The source apportionment approaches described and exemplary results presented
give insight into sources, source areas and processes influencing the PM levels in
Germany. From the array of methods presented it is obvious that, depending on the
source to be tackled and data available for interpretation, different source apportion-
ment techniques have to be used. They do not always agree, but mostly show similar
trends, as it was shown for the regional background contribution to hot-spot locations.

It is difficult to set up a general picture on the relevance of the various PM
sources for Germany due to the high regional and local diversity. Almost all
anthropogenic emission sources contribute to the background levels that can be
found at rural sites far from roads, industry and urban areas. A significant part of
this background originates from gaseous precursor compounds being emitted from
combustion processes (industry, traffic, heating).

Clearly, in highly populated conurbations traffic emissions play an important role
with average contributions of up to 60% of the total measured PM10 concentrations.
Next to this, emissions from domestic heating, after steep decrease due to replace-
ment of coal and lignite burning in the early 1990s, has again become relevant with
the increasing number of biofuel (wood) burning facilities. In wintertime episodes
this source may easily provide 30% of PM10 and trigger limit value exceedance.
Last but not least, industrial activities may significantly affect the local to regional
scale situation, especially in case of processes leading to fugitive emissions, as
e.g. frequently observed in metallurgic production sites, stone and earth industries
and harbour operations.
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The results obtained form source apportionment provide valuable information to
set up cost-effective and efficient mitigation options which are especially of
relevance for agglomeration areas. Most prominently, low emission zones have
been introduced in many cities and conurbations. The effectiveness of this measure
has been proven by significant decrease of black carbon (soot) concentrations;
however, it does not affect non-exhaust traffic emissions, thus being less impressing
when looking at its effect on PM10 levels [80].

Since regulations and limit values target mass concentrations of PM10 and PM2.5
these metrics were in the focus of most source apportionment studies and mitigation
actions. However, epidemiological and toxicological results indicate that ultra-fine
aerosol particles (UFP) with low contribution to PM mass but high number
concentrations might cause particular adverse health effects [81, 82]. Similarly,
elemental carbon/black carbon concentration has been proposed as a target metric
that exhibits stronger health effects than total PM mass [83]. Therefore, reduction of
UFP and EC/BC levels might offer a high potential to improve the air quality in
European cities with regard to negative health effects, probably being more efficient
than only pure PM mass-related actions. In Germany, as in some other European
countries, a (research oriented) monitoring network for ultrafine particles [84] has
already been established.
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Air Quality in Urban Environments
in the Eastern Mediterranean

A. Karanasiou and N. Mihalopoulos

Abstract The Eastern Mediterranean Basin, EMB, is characterised as an air pollu-
tion hotspot, located at a crossroad of air masses coming from Europe, Asia and
Africa. The Eastern Mediterranean region is subject to several inputs of natural and
anthropogenic pollutants that are generated from numerous regional and local
sources. Pollution in the area results from industrial and traffic sources and domestic
heating mostly from Europe, Balkans and the Black Sea. In addition dust storms
coming mainly from the Sahara desert and to a lesser extent from the Middle East
transport high quantities of mineral aerosols which increase significantly the levels of
particulate matter. Forest fires and agricultural burning emissions are also affecting
the area during the dry season. Moreover, marine aerosols and ship emissions
originated from the highly busy shipping routes of the Mediterranean Sea are
considered to be an important contributor to the EMB aerosol burden. Finally,
other specific features of the Mediterranean Basin such as the high radiation intensity
all year long and the high temperature significantly enhance the formation of
secondary aerosols.

Keywords Aerosol, Emission sources, Greece, Mediterranean Basin, Particulate
matter, Road dust, Sahara dust, Secondary aerosol, Ship emissions
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1 Introduction

During the last decades, the Mediterranean basin has experienced a rapid growth in
urbanization, vehicle number and use and industrialisation with this being reflected
in pollutant emissions to the atmosphere. The air quality limits established by the
EU to protect human health are often exceeded. Thus, urban areas have received
special attention for their high air pollutant concentrations and the associated
degradation of the air quality and public health [1].

The Mediterranean region is divided into three basins. The Western Basin
extends from the Iberian Peninsula at the west to the Apennine mountain chain at
the east, and from southern France to the northern African coast in the north—south
direction. The Central Basin includes the watershed of the Adriatic Sea from the
Apennines to the Balkans, and at the south includes the Ionic Sea from the east coast
of Tunisia, south of Sicily, across the Libyan Gulf, to an imaginary line extending
north—south from the Balkan Peninsula to the Libyan coast. The Eastern Basin
extends west from this line to the Israeli and Lebanon coasts and includes the
Aegean Sea [2]. The European territory of the Eastern Mediterranean includes two
large urban centres: the Greater Athens area (GAA) (>4 million) and the Greater
Thessaloniki area (GTA) (>1.5 million) in Greece.

The Eastern Mediterranean Basin, EMB, is characterised as an air pollution
hotspot, located at a crossroad of air masses coming from Europe, Asia and Africa.
Many different types of aerosols can be encountered within the basin; desert dust
transported mainly from the Sahara desert polluted aerosols emitted by urban and
industrial activities of continental and Eastern Europe, biomass burning aerosols
often produced by seasonal forest fires, marine aerosols and ship emissions
originated from the highly busy shipping routes of the Mediterranean Sea. In
addition the general climatic conditions in the Eastern Mediterranean such as the
low precipitation rate, the high radiation intensity and the high temperature favour
the accumulation of air pollutants and the formation of secondary aerosols.

In this chapter the air quality of the EMB is examined in terms of particulate
pollution while the characteristic emissions of the basin are explored to further
understand the source categories affecting the region.
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Fig.1 Topography and mean (1995-2005) values of precipitation rate and ‘synoptic component’
of wind speed over Europe [3]

2 Exceptional Features of the Eastern Mediterranean Basin

Features such as topography and meteorology play an important role in the transport,
dispersion, diffusion and levels of air pollutants. In northern and western regions of
Europe (e.g. UK, Germany) the terrain is flat or gently undulating, while the frequent
passages of cold fronts and depressions result in high precipitation rates. In contrast,
the Mediterranean basin is characterised by a complex topography (Fig. 1), and when
coupled with the characteristic synoptic scale patterns, it produces low mean wind
speeds (i.e. ‘synoptic component’ of wind) that hinder the renovation of air masses
and favour the accumulation of air pollutants. Because rain is the main mechanism
for atmospheric aerosol removal, this has an important consequence: the low precip-
itation rates of the EMB result in high residence time of airborne particles and
consequently high background particulate matter levels. These low rainfall rates
coupled with the frequent weak advections of air masses and the frequent air masses
recirculation episodes produce regional pollution events [3, 4].

Due to its position the Eastern Mediterranean region is subject to several inputs
of natural and anthropogenic pollutants that are generated from several regional and
local sources. Dust storms coming mainly from the Sahara desert and to a lesser
extent from the Middle East transport high quantities of mineral aerosols which
increase significantly the levels of particulate matter [5—7]. In addition local sources
(traffic) and long-range transport of air masses from central Europe can cause
severe pollution episodes [8]. Moreover, marine aerosols (sea spray) are considered
to be an important contributor to the eastern Mediterranean aerosol burden [9].
Finally, other specific features of the Mediterranean Basin such as the high radia-
tion intensity all year long and the high temperature enhance the formation of
secondary aerosols [10, 11].

3 Monitoring Networks in Eastern Mediterranean Basin

The national networks have established several monitoring sites conducting
measurements of traditional air pollutants including particulate matter. In Greece
the Ministry of the Environment has established 15 monitoring stations in the
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Greater Athens Area and 8 stations in the Greater Thessaloniki Area covering
traffic sites, urban and suburban areas and also industrial areas. In addition other
monitoring sites in smaller urban centres (Patras, Volos, Heraklio) have been set.
In Cyprus air quality is accessed through a network of nine monitoring stations
covering urban, industrial and rural sites.

Except from these national network other remote monitoring stations have been
established by EMEP (European Monitoring and Evaluation Programme) at the
sites of Finokalia (Grete island, Greece), Aliartos (Central Greece) and Ayia
Marina (Cyprus), while a monitoring station of the GAW (Global Atmosphere
Watch) programme of WHO (World Health Organization) has been established at
Athens suburban area (DEM, Agia Paraskevi). These stations provide continuous
measurements of gaseous pollutants (O3, CO, NO,) and also measurements of
particle properties (optical properties, chemical composition, mass and mass size
distribution).

The monitoring network in EMB compared to those established in Central and
North Europe or even with the Western Mediterranean Basin (e.g.: Spain) is rather
insufficient. Particularly there is a lack of data on continuous or long-term moni-
toring of the chemical composition of particulate matter [12]. For some substances
(e.g. carbonaceous aerosol), the variability is expected to be much larger than can
be resolved by integrating the available measurements and the research studies need
to be supported by assessment of the local scale variability. In order to understand
the temporal evolution (trends) there is also a particular need for aerosol
measurements at additional sites with little influence from local and regional
emission sources.

4 Particulate Matter in the Eastern Mediterranean Basin

A number of studies (e.g.: [13-22]) have investigated PM concentration levels and
their temporal trends in urban sites of Athens. Similarly in the city of Thessaloniki,
PM pollution has been the subject of many studies since the early 1990s (e.g.,
[23-26]). All these studies have reached the conclusion that urban centres in Greece
(Athens and Thessaloniki) exhibit high PM concentrations, compared to other Euro-
pean and US cities of the same size. In both cities, all urban stations exceeded the EU
annual and 24-h limits several times during the last decade. The long-term monitoring
of PM concentrations in the Athens area [14, 16, 27, 28] registered the occurrence of a
significant number of PM;( exceedances of the limits established by the EU legisla-
tion and pointed out the need for abatement strategies.

However, the analysis of the PM,;, and PM,s long-term measurements
conducted in an urban background site of Athens reveals that despite the great
variability of the mass concentration values a descending trend exists. Figure 2
summarises the trend analysis of the 24 h PM;, and PM, 5 mass concentrations at
the urban background station (Agia Paraskevi) within the GAA for the period
2001-2010. The data were obtained from the public air quality database of
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Fig. 2 Trend analysis of PM;( during 2001-2010 and PM, 5 during 2007-2010 in Athens urban
background station Agia Paraskevi

the European Environment Agency EEA (http://www.eea.europa.eu/themes/air/
airbase). The decreasing trend observed could be attributed to the effectiveness of
the vehicular emission control strategies that have been implemented in the metro-
politan area of Athens from the early 1980s. In Athens restrictive measures have
been in place since 1983, with odd- and even-registration plate vehicles being
banned from the city centre on alternate days, and a total ban enforced when
emergency levels of pollution are reached. Although these measures were benefi-
cial at the beginning, the increase in the overall number of private cars offset any
positive effects of the strategy. Thus, more permanent measures were introduced,
including the elimination of older highly polluted vehicles from the city centre.
A retirement plan for old vehicles was introduced in 1991 in an effort to renew the
motor vehicles fleet with new cars equipped with catalytic converters. Other major
measures were implemented in the early 2000s where the completion of the major
infrastructural works in Athens such as the subway, the peripheral roads, the
introduction of natural gas and the replacement of old public buses are thought to
have improved to a considerable extent the air quality in the area. These later
measures were not pollution-responsive, but permanent measures, in order to try
and reduce pollution levels on a long-term basis. Another explanation for the
reduction in PM levels could be the decline in fuels use as a result of economic
crisis, and not only due to the drastic effect of mitigation measures [29].

For the urban area of Thessaloniki the average PM;, concentrations were
58 pg m > during 2001-2010 considerably higher than the annual EU limit value.
Interestingly, the PM,, concentrations at the urban stations of Thessaloniki are
much higher compared to those at the urban stations in Athens. An explanation for
this observation is that apart from heavy traffic, the city of Thessaloniki also suffers
from intensive industrial activity. It is worth noting that 20% of the industrial
activity of the country is located in the area. Nevertheless, despite the high values,
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Fig. 3 PM,(, measurements at Heraklion during the period November 2001-September 2005 [31]

an overall decrease of the PM;, annual average concentrations is observed at the
urban monitoring stations in Thessaloniki from 2001 to 2010 [30]. Again for
Thessaloniki urban area could be argued that the employed abatement strategies
combined with the financial crisis led to the reduction of particulate matter.

Results from PM studies conducted in other urban areas in Greece conclude that
PM levels have similar values with moderately polluted sites worldwide [31, 32].
Gerasopoulos et al. [31] report on the concentration levels of PM in the urban area
of Heraklion (Crete Island, Greece) during 2001-2005, Fig. 3. In this urban site the
average value of PM,o is 51 pg/m® while after 2003 the exceedances of the
established limit values were more frequent with this phenomenon being attributed
to the heat wave that influenced central Europe in summer 2003 and to the frequent
Saharan dust intrusions.

Partial information is available concerning the aerosol composition over the
Eastern Mediterranean since most of the studies conducted in the region report
only on specific compounds (e.g: inorganic ions, metals, alkanes, PAHs) and do not
provide the complete characterisation of aerosols. In urban sites of Greece water-
soluble inorganic ions, mainly sulphate, dominate the PM mass and might contrib-
ute up to 60% of the PM;y, mass followed by mineral dust components and
carbonaceous matter [17, 21, 31, 33, 34]. The high sulphate loadings in the EMB
are mostly attributed to long-range transport of pollution sources. In fact a 4-year
aerosol study carried out at Thessaloniki by means of a Raman lidar indicated
higher aerosol optical depth values and backscatter ratio mostly corresponding to air
masses originating from the northeast Balkans and Eastern Europe [35].

5 Source Contribution in the Eastern Mediterranean Basin

Table 1 lists a number of studies carried out in urban sites of the Eastern Mediter-
ranean Basin that have used multivariate statistical methods to quantify the mass
contribution of sources of particulate matter. In most of these studies, four or five
major source categories have been detected. These categories include road/soil
dust, traffic emissions, marine aerosol, fuel oil combustion emissions, biomass
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Table 1 Mean source contributions (%) to the ambient PM mass in urban areas of Greece
(Source: modified table from [66])

Secondary
Road/ Biomass Marine aerosol/

Site/PM fraction, study soil dust Traffic Fuel oil burning  aerosol unidentified
Thessaloniki/TSP, Samara  7-11 4-5 25-33 54-66

et al. [36]
Thessaloniki/fine, Manoli 28 38 14 20

et al. [23]
Thessaloniki/coarse, 57 9 26 8

Manoli et al. [23]
Thessaloniki/PM, 18-22 45-65 10-35

Samara et al. [37]
Athens/fine, Karanasiou 20 27 12 15 19 7

et al. [17]
Athens/coarse, Karanasiou 54 8 16 22

et al. [17]
Rhodes Island/PM,, 10-22 32-41 9-12 3-10 17-20

Argyropoulos et al. [38]

burning and secondary aerosol. As in most urban areas worldwide, traffic is the
predominant source especially in the fine fraction contributing up to 65% in PM,.
Additionally, in all studies there is a significant contribution of road/soil dust
originating mainly from deposited dust arising from brake, tyre and road abrasion,
construction/demolition, and in minor proportion from windblown soil or regional
dust. Nevertheless the contribution of the Sahara dust is not quantified in these
studies but is usually included in the mineral dust factor. Not surprisingly, the effect
of this mineral source is more important in the PM;( and coarse fractions compared
to fine particles, although the mineral source was also detected in the finer fractions.
Fuel oil combustion during industrial activities has high contribution mainly in
Thessaloniki industrial area. Marine aerosol has higher contribution in fine fraction
(19%) than in coarse particles. For this source Karanasiou et al. [17] point out the
influence of shipping emissions in the urban area of Athens. Biomass burning
emissions have rather moderate contribution that does not exceed 15% in fine
aerosol fraction. All studies mention that this source probably includes the
emissions from forest fires that frequently affect the region mainly during dry
periods. Finally as expected, secondary aerosol is also an important source
identified in almost all studies due to the distinctive climatological characteristics
of the region. However its mass contribution varies significantly probably due to the
fact that other sources such as traffic might include a significant proportion of the
secondary aerosol.

These characteristic emissions of the Eastern Mediterranean are further explored
to understand the source categories affecting the region.
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Mean net African dust in
PM,,

Fig. 4 Mean annual African dust contribution (in pg/m>) to PM levels for the Mediterranean
Basin during 2001-2007 at EMEP sites. Source: Querol et al. [5, 6]

5.1 Sahara Dust

The Mediterranean region due to its position is frequently affected by long-range
transport of desert dust mainly from the Western and Central Sahara, the most
important dust-raising area worldwide. Dust storms moving from Sahara desert to
Eastern Mediterranean are more frequent in late spring, summer, and early autumn
periods [39]. The concentration of desert dust particles is expected to decrease as
moving from the emission source due to particle deposition mechanisms; therefore,
the contribution of dust to PM; concentration might vary significantly depending
on the location. Thus, the PM;, African dust levels have a clear increasing trend
from the north to south and western to eastern of the Mediterranean Basin (Fig. 4).
Overall the Eastern Mediterranean Basin suffers from more intensive African dust
intrusions compared to the Western Mediterranean Basin [5, 6, 69].

These dust outbreaks may greatly increase the ambient air levels of PM recorded
in air quality monitoring networks. Indeed in Athens during the period 2001-2005
for approximately 50% of the days with daily PM;, exceedance were recorded
intrusions of desert dust having either low or high mass contribution [40, 41].
Similarly, several major Saharan dust events are identified in the region of Crete
and Cyprus where the PM, limit value exceedances are regularly coinciding with
the transport of air masses from the Sahara desert [5, 6, 31, 67].

The air masses that reach Greece leading to the most severe dust events usually
originate from Western Sahara region. The spatial and temporal evolution of a
Saharan dust outbreak during 30-31 August 2003 has been studied in detail using
coordinated measurements by three lidar systems over Greece located at
Thessaloniki, Athens and Finokalia, Crete. Although the air masses over the studied
areas had a different route and thus different spatial evolution, the dust particles
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originated from the same source located in the Western Saharan region. However, the
Sahara dust particles are usually strongly diluted by mixing with marine and urban
aerosols as they are moving from the Sahara desert towards continental Greece [42].

The transported desert dust particles normally lie in the coarse size fraction and
thus, the PM, 5/PM, ratio is relatively low (<0.4) differing significantly from the
typical values in polluted urban areas of the Eastern Mediterranean Basin [16].
During these dust outbreaks the contribution of mineral dust to PM;, mass
concentrations might reach 60-80%, while the average mineral dust contribution
to PM;( ranges from 13% to 19% [31, 43].

The mineralogical composition of Sahara dust particles shows the predominance
of aluminosilicates (clays). Illite is also present in many cases while quartz particles
are rare. Scanning Electron Microscopy (SEM) results on dust composition
transported over different regions in the Mediterranean Basin have shown that
Al-rich clay minerals such as illite and kaolinite are very common in PM,, for
Cyprus and dominant for Crete. Dust particles are also very rich in calcium which is
distributed between calcite, dolomite and sulphates and Ca-Si particles (e.g.
smectites) whereas iron oxides are often detected [43].

5.2 Road Dust Resuspension

As previously mentioned, in the big urban centres of Eastern Mediterranean Basin
the concentrations of PM, are frequently above the threshold limit values. How-
ever, the quantification of vehicles exhaust emissions suggests that solely the latter
cannot possibly explain the observed high concentrations.

The PM generated by traffic can be divided into two categories according to its
mode of formation. Fuel combustion is the primary mechanism by which particles
are formed; however, there are a number of other processes, involving mechanical
abrasion and corrosion, which can also result in PM being released directly to the
atmosphere. These processes include: tyre wear, brake wear, clutch wear and road
surface abrasion. The abrasion and corrosion processes can also lead to the deposi-
tion of particles on the road surface. The material which collects on the road
surface, referred to as ‘road dust’, may also contain exhaust particles, and material
from a range of sources that are not related to road transport (e.g. mineral and
biogenic material, and material from industrial/domestic activity). Road dust may
subsequently be suspended or resuspended in the atmosphere as a result of tyre
shear, vehicle-generated turbulence, and the action of the wind. In central and
northern Western Europe, frequent precipitation (causing dust washout and
immobilisation) and lower dust deposition reduce the amount of road dust available
for resuspension but this does not occur that frequent in the Mediterranean Basin.
Consequently the relevance of the resuspended road dust is estimated to be high for
the Mediterranean region.

Research studies on the quantification of the road dust contribution on ambient
PM levels are scarce for Eastern Mediterranean countries. In addition, emission
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inventories for the region hardly include these non-exhaust PM,;, emissions
(tirewear, break-lining and road abrasion).

Only a few source apportionment studies report on the contribution of road dust
by means of receptor models. In Athens urban area road dust might contribute up to
50% to coarse fraction and up to 20% to fine particle mass [17]. The road dust
contribution of 28% to PM3; and 57% to PM,, was found in the central area of
Thessaloniki while for the greater area of Thessaloniki a road dust average contri-
bution to PMq up to 22% was calculated [23, 37].

While exhaust emissions are expected to go down due to the continuous intro-
duction of better technologies in the circulating fleet, non-exhaust sources are
expected to rise as they depend on the number of circulating vehicles, which in
the case of Greece in the last decade raises at a constant rate [44].

5.3 Forest Fires

Many studies have shown that in North Europe major biomass burning emissions are
mostly linked with wood smoke from fireplaces and stoves, whereas in Southern
Europe wildfires can be the most important biomass combustion source. The Medi-
terranean region is frequently under the influence of this phenomenon, especially
during dry periods. Although wildfires can be a major contributor of particulate
matter into the atmosphere, forest fire emissions are poorly quantified in the literature,
due to the difficulties induced in estimating their temporal and spatial distribution.

With respect to forest fires, Greece faces one of the Europe’s most severe
problems during summer. Fires burning near urban environments may produce
particularly dense pollution plumes that carry a mixture of anthropogenic and
biomass burning pollutants. From late August to early September 2007 the forest
fires in Evia and Peloponnese (Greece mainland) affected the air quality in areas far
away from the fire sources. In addition to local emission sources, these forest fires
were major contributors to airborne particle mass levels in Athens urban area. Their
average contribution to PM, concentrations in Athens was calculated 28 pg m >
while the average contribution from traffic emissions and other local sources was
33 pg m [45].

A mesoscale air quality modelling system has been used to quantify the contri-
bution of forest fire emissions during July 2000 when widespread forest fires
occurred in the Greek mainland. The forest fire emissions were the largest
contributors to the air pollution problem in regions tens of kilometres away from
the fire source during the studied period. These emissions were calculated to cause
an increase in the average PM;( concentration, organic aerosol mass, and gaseous
concentration of several pollutants, among them CO, NO,, and NH;. An average
contribution of 50% to the PM |, concentration over the region around the burnt area
and downwind of the fire source (approximately 500 km) was calculated with a
maximum of 80% [32].

Sciare et al. [46] by performing long-term (5-year) measurements of elemental
carbon (EC) and organic carbon (OC) in bulk aerosols in the Mediterranean Basin
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(Crete Island) showed that long-range transport of agricultural waste burning from
European countries surrounding the Black Sea occurred twice a year (March—April
and July—September). The contribution of biomass burning to the concentrations of
EC and OC was shown to be rather small (20% and 14%, respectively, on a yearly
basis), although this contribution could be much higher on a monthly basis and
showed important seasonal and interannual variability.

The study of Amiridis et al. [47] demonstrated that the smoke plume from the
fires in Athens during the summer of 2009 was distributed homogenously within the
Planetary Boundary Layer of Athens, reaching in some cases free troposphere
heights (2—4 km). Both columnar aerosol retrievals and surface measurements
revealed the dominance of fine over coarse mode. Regarding PM;y, and PM, 5
urban background levels showed an increase of about 100% and 150% during the
fires, demonstrating the dominance of fine particles near the surface due to the fire
plume. The signature of the smoke plume was characterised by the high concentra-
tion levels of carbonaceous aerosol both EC and OC. During the forest fires, more
OC than EC is emitted, resulting in a relatively higher OC/EC ratio. At Athens
urban background site the average OC/EC ratio ranged between 10 and 14 during
the forest fires while in normal conditions was about 4 [47].

5.4 Shipping Emissions

About 70% of the emissions from oceangoing shipping occur within 400 km of the
coastlines along the main trade routes. Thereby, ship emissions can have an impact
on the air quality in coastal regions and may partly offset the decline of land-based
sources and coastal pollution due to national control measures [48]. In coastal urban
areas, emissions from commercial shipping (passenger and cargo) may also consti-
tute a relevant source of PM and SO, emissions [49]. According to global estimates,
shipping emits between 0.9 and 1.7 million tonnes of total suspended particles
(TSP) annually that mainly contain organic carbon, sulphate and inorganic
constituents (V, Ni, Ca, Fe) [50].

The Mediterranean Basin is highly influenced by shipping emissions due to its
extremely busy shipping routes. These emissions may account for 2—4% of the
mean annual ambient air PMq levels (25% primary particles and 75% secondary
particles) and for 14% of the mean annual PM, 5 in Mediterranean urban areas [51].
It has been estimated that 54% of the total sulphate aerosol column burden over the
Mediterranean in summer originates from ship emissions [52].

Greece is found to be a major and growing contributor of exhaust emissions from
domestic and international shipping. Through 1984-2008, the ship emission inven-
tory for Greece had an almost fourfold increase. In particular, the PM emissions
from domestic and international shipping have an increasing trend that reached 24
million tonnes in 2008 (Fig. 5). Greece contributes to the European and Mediterra-
nean emission inventory from shipping with 7.3% and 14.1%, respectively [53].

Studies on ship emissions have been carried out mainly in harbour areas and
coastal cities in the Western Mediterranean Basin by aerosol chemical analysis and
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Fig. 5 Fuel-based emission inventory from domestic and international shipping during the period
1984-2008 [53]

source apportionment techniques [54, 55]. As fuel oil is enriched in V and Ni content
with respect to the crust, these metals were generally used as markers to identify the
fuel oil combustion source. Measurements of aerosol chemical composition made on
the island of Lampedusa, south of Sicily, revealed the influence of heavy fuel oil
combustion emissions due to the elevated Ni and V soluble fraction and high V and
Ni to Si ratios. Back trajectories analysis suggested that air masses prevalently came
from the Sicily channel region, where intense ship traffic occurs [56].

For the Eastern Mediterranean Basin the impact of shipping emissions on the
urban air quality has been hardly investigated. Only a few studies report on the
contribution to ambient PM levels by shipping emissions. Recently, Tzannetos [57]
calculated that the PM, 5 emissions due to ship activity within the passenger port of
Piraeus constitute 15% of the total emissions within the greater area of Athens.
Karanasiou et al. [17] attributed the relatively high sulphate concentrations in the
urban aerosol of Athens to the emissions from ships from the port of Piraeus.

5.5 Secondary Aerosol

5.5.1 Secondary Inorganic Aerosol

Sulphates (S0,>7), ammonium (NH,") and nitrates (NO5 ") are the main secondary
inorganic aerosol ions as they account for about two thirds of the total ionic mass
in PM; and for about 50% in PM,, in Athens [21]. These ions represent two
different major source categories: fuel combustion and vehicular circulation.
Theodosi et al. [21] studied the spatial variability of these ions in 2 sites within
GAA: Lykovrisi (LYK) and Goudi (GOU). LYK is a moderately populated munic-
ipality, in the northern part of the GAA, 10 km from the city centre; GOU is located
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downtown Athens (3 km from the city centre) and is influenced by traffic emissions.
High spatial homogeneity has been observed for all three ions at these two locations
as indicated by the significant correlations with slopes close to 1, denoting rela-
tively small contribution from local sources. Indeed for the PM; fraction, the
correlations (r) between LYK and GOU were 0.93 for SO,>~ and NH,* with
slope of 1.1, while 0.81 for NO5;~ with slope of 1.0. For PM,, the correlations (r)
were 0.94 for SO,>~ with slope of 0.9 and 0.81 with slope of 0.9 for NO; .

The temporal variability for each of the main ions is also studied and compared
to a regional background site (Finokalia; FKL) to assess the importance of regional
and local sources.

Non-sea-salt sulphate (nss-SO4°"): nss-SO,>~ presents a prominent peak in
winter (only in GAA) and summer (in all sites; Fig. 6a, b). The summer peak
could be related to enhanced photochemistry, lack of precipitation, low air mass
renovation at regional scale or the increment of the summer mixing layer depth
favouring the regional mixing of polluted air masses [58]. Note also that during
summer air masses are almost exclusively originating from Central/Eastern Europe
which bring higher levels of SO, than the rest of the wind sectors [7, 59]. The
secondary maxima of SO,*~ concentration commonly recorded during the winter
could concur with the anticyclonic pollution episodes as also indicated by the high
nitrate levels [5, 6].

In the case of nss-SO,>~ there is a clear decreasing gradient from urban to
suburban and natural sites (5.3, 5.0 and 4.2 pg m~> in PM, for GOU, LYK and
FKL, respectively). In addition a clear seasonal variation is observed in the GAA/
FKL ratio regarding nss-SO,°~. Indeed during the warm season the GAA/FKL
nss-SO,4° ™ ratio ranges between 1.1 and 1.25, indicating that sulphur levels above
Greece are largely controlled by long-range transport and processes evolving at a
large spatial scale. On the other hand, during winter the GAA/FKL nss-SO,>~ ratio
significantly increases ranging from 1.4 to 1.5. This behaviour indicates significant
contribution from local anthropogenic sources (combustion of sulphur-rich diesel
for domestic heating) within the GAA during the cold-season.

Nitrate (NO3 ): As expected higher contributions of nitrate are found at the
urban and suburban sites compared to the background site due to the presence of
local sources of NOy in conjunction with thermodynamic conditions producing
stable ammonium nitrate (PM;o: 2.7, 2.5 and 1.7 pg m 3 PM;: 0.8, 0.8 and
0.1 pg m73, for LYK, GOU and FKL, respectively; Fig. 6¢c, d). In the GAA,
NO; ™ presents strong seasonal variability in both PM; and PM;,, with higher
values during colder months, which, as in the case of SO427_ are likely to originate
from local pollution sources and especially vehicular traffic. On the contrary, no
clear seasonal trend is observed at FKL. The summer minimum of NO3;™ in the
GAA, which is more prominent in the fine mode, is due to instable ammonium
nitrate formation during that period [68, 69]. No ammonium nitrate formation
occurs during the warm season due to high temperature in agreement with
Eleftheriadis et al. [15].

Nitrate (NOs ™) behaves differently at FKL and the GAA. At FKL on average,
about 94% of particulate nitrate (NO3 ") is associated with coarse particles, strongly
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Fig. 6 Seasonal (a, ¢ and e) and daily (b, d and f) variations (ng m’3) for SO,>~ in PM, and NO; ™~
at both PM; and PM,( samples [21]

indicating that it is mainly chemically bounded with alkaline ions [60]. In GAA as
in FKL, the most likely formation pathway for particulate nitrate (NO3 ™) in the
coarse mode (60% of the total nitrate) is the reaction of gaseous nitric acid or some
other nitrogen compounds with sea salt and mineral dust particles [61]. In addition



Air Quality in Urban Environments in the Eastern Mediterranean 233

in the GAA, a significant portion of NO;~ (about 30%) was found in fine mode,
indicating ammonium nitrate formation mainly for the winter period.

By comparing the NO; ™ levels in PM|, the difference between GAA and FKL
minimised during the warm season (2.1 and 1.8 pug m >, respectively). On the other
hand, local anthropogenic sources within the GAA dominate during the cold season
as for PM;y the GAA/FKL ratio is reaching values up to 2. Similar trend also
existed for NO5 ™ in the PM; fraction. However, the GAA/FKL ratio during winter
was much pronounced and reached values as high as 8 that is almost double the
factor of 4-5 during the warm season. This observation is in agreement with
ammonium nitrate formation in the GAA during winter.

5.5.2 Secondary Organic Aerosol

Grivas et al. [62] were the first to report continuous measurements of EC and OC, at
an urban location in central Athens, Greece, for an 8-month period (January—August).
Average concentrations of 2.2 ugC m > and 6.8 pgC m ™ were observed, for EC and
OC, respectively. The contribution of carbonaceous compounds (EC plus organic
matter) to PM; was calculated at 26% in agreement with previous estimates [21, 63].
The seasonal variability of EC was found to be limited, while OC mean
concentrations were significantly higher (by 23%), during the warm months
(May—August). EC and OC produced a bimodal diurnal cycle, with the morning
rush hour traffic mode prevailing. However, midday-to-afternoon presence of sec-
ondary organic aerosol (SOA) was strongly indicated. The temporal variation of EC,
OC and their correlation patterns with primary and secondary gaseous pollutants,
suggested that, although primary emissions affected both fractions, SOA formation is
an important factor to be accounted for, especially during the photochemical season.
Secondary organic carbon was estimated using the EC tracer method and orthogonal
regression on OC, EC hourly concentration data. The average contributions of
secondary organic carbon (SOC) to OC were calculated at 20.9% for the cold period
and 30.3% for the warm period. The SOC diurnal variations suggested photochemical
formation throughout the year, intensified during summer months, with the correla-
tion coefficient between SOC and the sum of oxidants (NO, + Os) reaching up to
0.84.

Theodosi et al. [64] studied the spatial variability of carbonaceous aerosols along
several locations around the Eastern Mediterranean, including big cities (Athens
and Istanbul), urban background (Sinop, Erdemli), rural background (Aegina and
Penteli) and regional background sites (Gokceada and Finokalia, Fig. 7). In this
work the concentration of SOC was estimated from the following equation:

SOC = OCyo — (OC/EC) x EC (1)

minimum

By using an OC/EC minimum ratio of 0.3-0.4 suggested by Pio et al. [65] and
based on the tunnel studies, SOC percentage contribution can be estimated for all



234 A. Karanasiou and N. Mihalopoulos

Istanbul

Gokceada

Penteli
«y Athens
Aegina

Finokalia

Fig. 7 Location of the sampling sites with annual measurements of carbonaceous aerosols

studied locations. As expected higher SOC values were found at regional or rural
background locations reaching from up to 90% at Finokalia down to 45% in Athens
and Istanbul. A clear seasonal variability in SOC contribution is observed only in
urban or urban background sites with summer time SOC values being 1.5 times
higher compared to winter. At rural and regional background sites receiving most of
the time processed air masses no such variability can be seen, indicating very fast
organic aerosol processing (within few hours after the emission). By using the OC/
EC values reported at Grivas et al. (2011) paper and the above-mentioned proce-
dure, SOC% contribution for Athens can reach much higher values (up to 70%
during summer) than those reported by Grivas et al. 2011.

6 Concluding Remarks

The Mediterranean Basin has unique characteristics concerning the regional atmo-
spheric circulation, regional climate and also air quality. Air quality in the area is
strongly affected by various sources such as local sources and long-range transport of
African dust or distance anthropogenic pollution sources over the region. Previous
studies have shown that a significant number of PM exceedances registered in urban
centres are associated with regional pollution or natural dust transport. Furthermore,
the Mediterranean Basin is a region highly affected by climatic changes. Even though
the overview of the particulate matter levels during the last decade shows some
improvements that have decreased the exceedances and the human exposure, the
region is characterised by poor air quality.

Although some effort has recently been paid on characterising particulate matter
and quantifying its sources, still further information needs to be gained for the East
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Mediterranean Basin. Additional studies of the finer particle fractions and chemical
characterisation will elucidate the sources and impact of particle pollution in the area.
Particularly there is a lack of data on carbonaceous aerosol that organic and elemental
carbon observations could help to distinguish the contribution of secondary versus
primary sources.
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Anthropogenic and Natural Constituents

in PM10 at Urban and Rural Sites in North-
Western Europe: Concentrations, Chemical
Composition and Sources

Ernie Weijers and Martijn Schaap

Abstract This study focuses on north-western region of Europe discussing
questions like the following: Which anthropogenic and natural constituents build
up the particulate matter? To what extent do they contribute to the total mass? And
where do these constituents originate? To answer, we elaborated data sets
containing chemical information of PM recently becoming available in the
Netherlands, Germany and Belgium.

The chemical composition of PM10 shows a considerable conformity in these
countries. Always, secondary inorganic aerosols (SIA) are the major constituent
(£40%) followed by the carbonaceous compounds (£25%). Contributions of sea
salt and mineral dust vary between 10% and 15% depending on presence and
distance of respective sources. The unidentified mass is some 15% indicating that
the composition of PM10 in this region is fairly well known.

PM10 concentrations and constituents appear systematically higher at urban sites.
Urban increments have been measured for most chemical constituents. Nearby
(anthropogenic) sources and reduced dispersion in the urbanised areas are the main
determining factors here. The observed increment for SIA is caused by more nitrate
and sulphate. It is explained by depletion of chloride stabilising part of the nitrate and
sulphate in the coarse mode. The question then arises how to assign the coarse mode
nitrate (and sulphate) in the mass closure exercise as they replace the chloride.

Important for the national and European air pollution policy is how much of the
measured particulate matter is of anthropogenic origin. A simple assessment
indicates that 20-25% of PM10 is of natural origin; hence, the majority of PM10
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in the north-western-European region is of anthropogenic origin. The uncertainty in
this analysis is considerable, and the result is indicative.

A chemical transport model (LOTOS-EUROS) was used to obtain a detailed
source apportionment. In total, 75% of the modelled PM 10 mass could be explained.
The important contributions to PM10 come from agriculture, on- and off-road
transport and natural sources (sea salt). Secondary contributions are derived from
power generation, industrial processes and combustion as well as households. Of the
modelled part, 70-80% of PM10 over the Netherlands is anthropogenic. The
increase in source contribution going from low to high PM levels is proportional
for most sectors, except for agriculture and transport, which become more important
mainly due to the more than proportional rise in ammonium nitrate concentrations.
Sea-salt concentrations decline with rising PM10. The same was found for Spain, but
here, the impact of Saharan dust on PM episodes is clearly recognisable and much
larger than in north-western Europe. Natural sources in Spain contribute about half
of the modelled PM10 concentrations. Significant anthropogenic sources are similar
to those in north-western Europe.

Keywords Anthropogenic contribution, Chemical composition, Chemical trans-
port modelling, Natural contribution, North-western Europe, PM10, Source appor-
tionment, Spain
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1 Introduction and Scope

Although air quality in Europe has improved substantially over the last decades, it
still poses a significant threat to human health [1]. Short- and long-term health
effects have been described, but so far there is no conclusive evidence which
component(s) or property can be held responsible. As a consequence, the European
air quality guidelines keep a focus on particulate mass, and, next to the PM10
guideline, the Directive 2008/50/EC introduced additional objectives with respect
to PM2.5. Although various abatement measures have been implemented to reduce
the levels of particulate matter, many European countries still have problems
adhering to the guidelines; in particular, this concerns the maximum number of
exceedances of the daily limit value for PM10. The heavily populated regions in the
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north-west of Europe is an example where problematic “hot spots” are found in
urbanised and industrialised agglomerations.

In addition to the strength and location of local, regional and continental
emission sources, levels and chemical composition of ambient PM depend on
climatology, trajectories, rain scavenging potential, recirculation of air masses,
dispersive atmospheric conditions and geography (proximity to coast or arid
zones, topography, soil cover). These factors largely differ over Europe. Reduction
measures in one region may therefore not be optimal for other regions. In the design
of a meaningful abatement strategy, one needs therefore to take into account the
changing characteristics of PM, or more specifically, one should assess which
anthropogenic and natural constituents build up the particulate matter, to what
extent they contribute to the total mass and where they come from.

To answer these questions, we elaborated three PM data sets bearing chemical
information that recently became available in the Netherlands, Germany and
Belgium. In addition, a first-order quantitative estimate is given of the ratio between
natural and anthropogenic PM10 mass; this ratio defines the “playing field” of
policy-decision makers. To end, a modelling exercise is described comparing the
major emission sources for north-western Europe (here defined as the three
abovementioned countries) with those of the Iberian Peninsula.

2  Concentrations and Chemical Composition at Urban
and Rural Sites

2.1 Data Sets

During the last decade, a considerable number of studies have focussed on the
speciation of PM in different regions of Europe (e.g. [2-7, 29]). Recently, dedicated
measurement campaigns were carried out in north-western Europe: “CHEMKAR”
(Belgium) by the Flemish Environmental Agency [8], “BOP” in the Netherlands
within the framework of the Netherlands Research Programme on Particulate
Matter [9] and in North Rhine-Westphalia [IUTA (Germany).

The respective data sets are used here to illustrate the general chemistry of PM10
in north-western Europe. Always, urban and rural sites have been compared. Some
data features are given in Table 1. The components of interest are sulphate, nitrate,
ammonium, elemental carbon, organic carbon, sodium, chloride and elements.

2.2 Handling

Chemical analyses of PM samples usually provide a major part of the total
particulate mass collected on a filter. Certain tracers or combination of tracers are
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Table 1 Data sets

Country Name and type of site Mass fractions  Period
Belgium Zelzate (ub), Borgerhout (ub) PM10 September 2006—
(CHEMKAR) Houtem(rb), Aarschot (rb) September 2007
The Netherlands (BOP) Schiedam (ub), PM10, PM2.5, January—August 2008
Hellendoorn (rb) PM10-2.5
Germany Styrum (ub), Eiffel (rb) PM10 April-September
(IUTA/LANUV) 2008

ub urban background, rb rural background

used to estimate the contributions from specific sources like sea salt or mineral dust.
In order to make a sound comparison between the three sets, contributions were (re)
calculated using the same algorithms. The presence of secondary inorganic aerosol
(SIA) is calculated as the sum of NO3, SO4 and NH4 and results from direct
measurements. Sulphate concentrations are corrected for a small amount of sea salt.

Carbonaceous compounds in PM contain other elements (e.g. oxygen)
augmenting the organic mass. Organic matter (OM) concentrations are usually
calculated from organic carbon, but the conversion factor remains rather uncertain.
Factors vary between 1.2 and 2 and probably vary between lower values near sources
and higher values after processing in aged air masses. Here, a factor of 1.4 is used
which seems most common in literature. Elemental carbon (EC) can be measured
straightforward. In the case of sea salt (SS), there are two tracers: sodium and
chloride. Several algorithms are in practice; one of them calculates the SS part
from both Na and Cl. However, in the case of chloride, reactions with HNO3 may
occur in the atmosphere as well as on the filter thereby releasing HCI (under the
formation of NaNO3). In addition, the presence of chloride may suffer from the
evaporation of NH4Cl (from quartz filters). For these reasons, sodium is selected as
the sole tracer: SS = 3.26*Na (the factor follows from the composition of sea water).

Various algorithms are also in use to estimate the contribution of mineral dust
(MD). With MD is meant all fugitive windblown and mechanically resuspended
dust with a composition comparable to the earth’s crust. Since chemical analyses of
PM samples measure elements directly, the approach here is to sum over those
elements known to be present in the earth’s crust: Al, Si, CO3, Ca, Fe, K, Mn, Ti
and P [10]. Weights were first recalculated to correct for their oxidised form (e.g. Si
is usually present as SiO,). MD is a parameter difficult to estimate. The use of other
algorithms in the estimation of MD results in different values, e.g. the one
formulated by Denier van der Gon et al. [11]. Also, local anthropogenic sources
may contribute (e.g. metallurgical industry).

Finally, the concentrations of all constituents were summated and compared with
the gravimetrically measured mass to establish the unaccounted mass denoted
unknown. The assumption here is that the various data sets accurately describe the
PM characteristics. The filtration devices employed at the sites were all equivalent to
the reference method. However, corresponding studies use different procedures with
respect to filter handling, data treatment and selection, analytical techniques, etc. In
addition, temporal variation, local site characteristics, artefacts like volatilisation
and particle-bound water as well as varying distances from major sources will affect
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results in different ways. This will affect the absolute concentrations that have been
measured. Putaud et al. [2] extensively describe the accuracy of the analytical
techniques common in Europe. While ion chromatography (SIA) performs well
(<10%), an accurate determination of EC, OC and MD remains a challenge. EC
concentrations by various techniques differ by a factor of 4, and OC by 30%. The
uncertainty in the determination of mineral dust amounts can reach 100% for reasons
mentioned above.

Only PM10 is discussed as data on PM2.5 are much less available. In our region,
the average mass contribution of PM2.5 to PM10 is about 60—70%, and the relative
distribution of the different chemical parts in PM2.5 usually resembles that of
PM10. All components are present in both the fine and coarse fraction. Whereas
SIA, EC and OM dominate more in the fine fraction, SS and MD contribute more to
the coarse mode.

2.3 Chemical Composition

Figure 1 shows the chemical distributions for the urban and regional background
sites in the three PM10 data sets selected here. Common characteristics can be
observed: always, the major constituent is the SIA, followed by the carbon-
containing components (EC+OM). Smaller, but non-negligible, contributions arise
from MD and SS. At least 81% of the particulate mass was explained in the mass
balances. The highest closure was seen at the urban background site Borgerhout
(87%) which seems due to relatively a high amount of carbonaceous material.
Relatively, there is more SIA present at the rural sites: 42—44% versus 34-41% at
urban sites. However, differences between urban and rural sites are not very large
stressing the role of SIA in building up background levels [31, 32]. In north-western
Europe, agricultural activities (like livestock and soil fertilising) frequently take
place yielding high emissions of ammonia in rural areas. Combined with the NOx
emissions from intensified traffic and SO2 emissions from industry, the formation of
ammonium nitrate and ammonium sulphate aerosols is favoured [12].

The sum of EC and OM contributes another 20-27% (at urban sites) and
18-24% (rural) to the PM mass, with OM dominating EC at most sites. Like in
the case of SIA, differences between rural and urban sites appear modest which
is probably caused by a considerable natural (biogenic) input. A study by ten
Brink et al. [13] on the presence of '*C in PM filter samples revealed that at least
64% of the organic carbon measured at an urban Dutch site was contemporary
(i.e. emissions from biogenic material and biomass wood combustion).

A gradient for sea salt is observed as expected. Near the North Sea (Houtem
(rural background), Schiedam (urban background)), the marine contribution can be
as high as 16-18%. Further inland, some 6-10% is measured. In Germany, it
declines to some 4%. On average, the sea-salt contribution in this region is a
substantial 10% and is due to the dominance of transport of clean marine air from
the West diluting anthropogenic emissions onshore and transporting the pollution
further eastward over the European continent.
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Fig.1 Chemical distributions for the urban and regional background sites in the PM10 data sets as
derived from BOP (the Netherlands), CHEMKAR (Belgium) and IUTA/LANUV (Germany)

The fourth constituent, mineral dust, appears comparable in Belgium and the
Netherlands: 12-13% at urban sites and 7-9% at rural sites. A deviant level of MD
is observed at the both German sites (20% and 13%, respectively) and is attributed
to industrial emissions (steel industry) in this region.
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Fig.2 Chemical distributions for the urban and regional background sites in the PM10 data sets as

derived from BOP (the Netherlands), CHEMKAR (Belgium) and IUTA/LANUV (Germany)

2.4 The Urban Increment

In Fig. 2, the absolute concentrations at the urban and rural sites are compared. For

the Belgian data set, we averaged over the two urban and two rural sites.
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Fig. 3 The urban increment of the SIA components

Like in most cities in Europe, a rise in PM10 concentrations is measured when
moving from rural to urban sites. Clearly, a comparison like this depends on the
selection of sites, in particular distance between sites and surroundings affect
results like these. Here, the increase in PM10 is between 7 and 11 pg/m>. No single
constituent (or emission source) can be held solely “responsible”: all (including the
unknown part) appear higher at the urban sites, but there is no systematic pattern
observed here. In Belgium and Germany, the increment is largely due to more SIA,
OM+EC and MD (between 2 and 4 ug/m3). In the Dutch data set, however, the
unknown part contributes most. The increase of sea salt at the urban site Schiedam
is due to its location close to the North Sea. The rise of MD is substantial at all sites.

The urban increment observed for SIA systematically returns for each of its
component (Fig. 3).

It is seen that the increment of SIA is predominantly caused by nitrate (the
Netherlands and Belgium) and sulphate (Germany), while the change for ammo-
nium is modest. Levels of nitrate and sulphate are usually higher in urban or
industrial areas in Europe [14, 15]. In marine and coastal atmospheres, nitric acid
is converted into particulate nitrate (NaNOj3) through the reaction with sea-salt
particles resulting in the release of HCl: NaCl + HNO3 — NaNO3 + HCI. In
contrast to NH4;NO;, NaNO; is a non-volatile compound under atmospheric
conditions; therefore, partitioning of nitric acid into the sea salt is irreversible.
A similar reaction applies for sulphuric acid (and sulphate). Most of the nitrate here
is found in the fine mode as ammonium nitrate (and ammonium sulphate).

3 Anthropogenic and Natural Contributions to PM
in North-Western Europe

Important for air pollution policy in Europe is the contribution to PM10 that is of
anthropogenic origin. It is this fraction that can be targeted by national and
European abatement strategies. Below, a first-order rather pragmatic assessment
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is given of the natural versus anthropogenic contributions to PM in north-western
Europe. It is based on the prevalence of major constituents in the chemical mass
closure while incorporating specifics of the region considered.

Sea spray emissions are the most important natural source of primary sulphate.
Applying the sodium-to-sulphate ratio in seawater learns that roughly 5% of the
particulate sulphate is of marine origin. Though sulphate may be emitted directly into
the atmosphere [17], its major source is the oxidation of sulphur dioxide. In north-
western Europe, anthropogenic SO, emissions are derived mostly from the combus-
tion of sulphur-containing fuels for power generation and international shipping. In
Europe, natural emissions for SO, include volcanoes, but given location, height and
distance to the Netherlands, their contribution is probably low (i.e. not more than 1%
to ground level sulphate). Contributions of other biogenic sources of SO, like
oxidation of DMS, COS and H,S are also of minor importance [16]. Wildfire
emissions of SO, are commonly neglected in studies directed to wild land fire
emissions. In the approximation here 5% is used as a conservative estimate. To
estimate how much of the nitrate is natural, emissions from soil, biomass burning and
lightning should be considered. Studies on NO emissions from soil report emissions
between 59 and 190 kton in the EU15 ([17, 30]). Relative to the total inventoried
emissions, the central value is 4%. From these emissions, about two-third is attributed
to agricultural soils and one-third to forest soils. Soil NO, emissions largely depend
on the nutrient input (through fertilisation or atmospheric deposition) implying that
the abovementioned contribution is only partly natural. Lightning depends linearly on
the amount of convective precipitation. In Europe, corresponding emissions are
estimated to be about 1% (65 kton) of the total inventoried emissions. It mainly
takes place between 1 and 5 km altitude and mostly in southern Europe (Friedrich
et al. 2008). Wild fires estimates range between 20 and 50 kton (Friedrich et al. 2008;
[18]) and occur mostly in countries around the Mediterranean. Given the short life
time of NOx and the rather short transport distance of nitrate, we assume that
lightning and wild land fires can be neglected as sources in north-western Europe.
In the approximation here, the natural fraction of NO, emissions and therewith nitrate
is taken between 0% and 5%.

Ammonium in aerosols originates from the neutralisation of sulphuric and nitric
acid by ammonia. Ammonia is emitted by different sources, most notably animal
manure, traffic and application of fertiliser. In general, emissions are for the largest
part (80-95%) associated with agricultural activities [19]. Erisman et al. [20]
estimated the natural emissions at about 10% of the total emissions in Europe. This
percentage includes contributions from wild animals and wetlands. We assume a
similar percentage for ammonium in north-western Europe.

The main source of elemental carbon is the (incomplete) combustion of fossil
fuels. Wild land fires are occasional sources of vast amounts of carbonaceous
particles. Though wild land fires may seem natural, the vast majority of present-
day fires are due to human behaviour. Hence, elemental carbon is almost exclu-
sively anthropogenic.

Organic matter contains numerous chemical constituents of which only a small
fraction has been identified. Organic carbon is released by the incomplete combus-
tion of fuels but in addition originates from farming activities (stables, harvesting)
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as well as from nature. Anthropogenic combustion sources as well as (small) stable
emissions have been inventoried. Half of the observed concentrations of OC
[21, 22] can be explained. Hence, a significant (unknown) contribution is from
anthropogenic sources like secondary formation, wildfires, harvesting, abrasion
processes and biological material (fungal spores and plant debris). As mentioned
previously, "C analysis suggests that some 70% of the OC mass in the Netherlands
is of living material where biogenic SOA, agriculture and other landscaping
activities may have contributed. The complicating factor in the estimation of the
natural part of OM is the uncertainty related to its secondary component (oxidation
of VOC:s yields products with low vapour pressures that may condense on existing
aerosol) as the major formation routes are not well known. As a consequence, the
ratio of natural to anthropogenic SOA is under debate. It is postulated that biogenic
sources are a major contributor to atmospheric SOA (e.g. [22]). Assuming that the
unexplained OC using present-day emission inventories is for the largest part SOA,
an upper limit of around 50% for natural OM is obtained. As a substantial part of the
SOA may very well be anthropogenic, it is postulated that half of the SOA as
natural, leading to a lower limit of 25% for natural OM.

Sources of mineral dust in total PM10 are wind erosion of bare soils, agricultural
land management, resuspension of road dust from paved an unpaved roads, road
wear, handling of materials and building and construction activities. Only wind
erosion may contribute to the natural fraction. Saharan dust is regularly transported
to countries around the Mediterranean Sea. In north-western Europe, dust transport
from the Sahara occurs once or twice a year and is therefore not very significant.
Korcz et al. [23] and Schaap et al. [24] show that windblown dust at the European
continent is a rather small source compared to traffic resuspension and agricultural
land management. More importantly, the windblown dust source strength from
soils other than arable land is low. Windblown dust emissions are strongly related to
anthropogenic changes in surface vegetation cover and are regarded as mostly
anthropogenic. Consequently, the total mineral dust concentration in air is expected
to be anthropogenic for a large part. In the approximation, 10% is assumed as a
conservative estimate for the natural contribution to MD.

The emission of sea salt is mainly dependent on wind speed. It is considered the
second largest contributor in the global aerosol budget, as a vast area of the earth
consists of sea. The aerosols consist mainly of sodium chloride. Other constituents
of atmospheric sea salt reflect the composition of sea water (magnesium, sulphate,
calcium and potassium). Sea salt is the only pure natural aerosol component.

The anthropogenic contribution of the unknown part is by definition unknown.
Water accounts to some extent for the unknown fraction. As most of that water may
be associated with SIA, it is likely that a significant part of the unknown fraction is
anthropogenic. It is assumed that the anthropogenic and natural parts of the
unknown fraction resemble those of the defined mass.

The natural fraction in the total mass can now be obtained by adding the relative
natural mass contributions per constituent. For instance, 10% of PM10 is associated
with sea salt adding to 10% of natural PM10 (see Table 2). Note that this fraction
represents the source attribution and therewith fresh sea salt as discussed in the
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Table 2 Analysis of the natural contribution (%), for all components, and for PM10 as a whole, at
the rural background site (Hellendoorn)

Composition PM10 (%) Natural contribution (%) Rural background PM10 (%)
NO;3 20 0-5 0-1
SO, 14 5 1
NH,4 8 10 1

MD 10 20 2

SS 10 100 10
EC 6 0 0

oM 15 25-50 4-8
Sum known 18-23
Unknown 15 . 3-3
Total 21-26

For each constituent, the relative contributions to PM10 are listed as well as the estimated natural
contributions. The last column provides the resulting natural contribution, expressed in a percent-
age of PM10 mass (with a low-high estimate for the natural contribution in NO; and OC)

“The natural contribution is assumed to be the same as the total natural percentage of PM mass
without the unknown fraction

previous section and would be lower when one reflects the chloride loss in this
calculation. Nitrate contributes 20%, of which 0—5% is assumed to be natural
resulting in a contribution of 0—1% natural PM10 for the low and high case,
respectively. Hence, nitrate contributes very little to the natural fraction. Adding
all contributions, the estimated natural fraction of PM10 is between 21% and 26%.
Hence, between one-fifth and one-quarter of PM10 is estimated to be of natural
origin. The uncertainty in such a simple analysis is quite large. Hence, we rounded
all data to the closest interval of a half per cent. As such, the uncertainty in the
summation is around 2-3%. It is concluded that the most important natural
contributions originate from sea salt (100%) and organic material (with an upper
limit of 50%).

4 Modelled Origin of Particulate Matter in the Netherlands
and Spain

So far, we have used composition measurements and mass closure studies to
interpret PM distributions and origin. Furthermore, a simple analysis on the natural
fraction of PM was described. Detailed speciation data sets such as used in this
study enable to use more elaborate statistical approaches to identify source origins,
such as positive matrix factorisation [25]. Examples of these techniques are given
for Germany by Quass in this volume [32]. However, these methods are only able to
distinguish between a limited number of source categories. Furthermore, they are
typically not able to provide a source apportionment for secondary components.
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Complementary to experimental data, a chemical transport model (CTM) can be
used to obtain a more detailed source apportionment. CTMs provide calculations of
the evolution of the air pollution situation across a region based on emission
inventories and atmospheric process descriptions. Here we use the LOTOS-
EUROS CTM to investigate the origin of particulate matter in north-western
Europe. The LOTOS-EUROS model has been equipped with a module that tracks
the contribution of different source sectors throughout a model simulation [26].
Hence, for each modelled process, e.g. advection and chemistry, the concentration
change is calculated as well as change in source contributions. The module has been
used to assess the origin of PM in the Netherlands by Hendriks et al. [27]. Here, we
summarise the results for the Netherlands assuming it to be representative for north-
western Europe (i.e. Belgium and western Germany) and also provide results for
Spain to contrast the two regions.

To assess the source contributions to modelled PM10, two simulations were
performed. A simulation across Europe at 0.5° longitude x 0.25° latitude (about
28 x 28 km) resolution provided the results which were used as boundary
conditions for a simulation at a resolution of 0.125° longitude x 0.0625° latitude
(7 x 7 km) centred over the Netherlands. The simulations were performed for
2007, 2008 and 2009 to average out meteorological variability. Labels were applied
to distinguish Dutch and foreign emissions sources specified to SNAP (Selected
Nomenclature for sources of Air Pollution) level 1, which uses ten main sectors:

1. Power generation: combustion in energy and transformation industries
2. Other combustion: nonindustrial combustion mainly households
3. Industrial combustion in manufacturing industry
4. Industrial process emissions
5. Extraction and distribution of fossil fuels and geothermal energy
6. Solvent use
7. Road transport
8. Other transport: other mobile sources and machinery
9. Waste treatment and disposal
10. Agriculture

Natural emissions and PM originating from the initial conditions, aloft
conditions and PM coming from regions outside the model domain were tracked
as well.

In Fig. 4, the modelled PM10 distribution is shown for Europe. For the
Netherlands, modelled PM10 concentrations range from 13 pg/m® in the North
and 18 pg/m? in the South to 22 pg/m? in the densely populated and industrialised
western part of the country. Comparison to observations shows that present-day
chemistry transport models are not able to fully explain the observed particulate
matter mass. LOTOS-EUROS misses about 40% of the measured PM10 mass, of
which a large part can be explained. The model underestimates nitrate concen-
trations by about 25%, whereas total carbon concentrations are underestimated by
about 60%. The latter is largely attributed to organic matter and corresponds to up
to 4-5 pg/m> of OM. The reason for the underestimation of organic carbon is that
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Fig. 4 Modelled distribution of PM10 across Europe for 2007-2009 excluding mineral dust

the model does not include a relevant process description. The uncertainties in the
process description including secondary organic aerosol formation and the semi-
volatile nature of OM are so large that they are not considered robust enough to
incorporate in a source apportionment study. Model to observation comparison
shows no significant biases for sulphate, ammonium and sea salt. Hence, the source
apportionment presented here covers about 60% of the observed PM mass.

The source apportionment is performed for each component separately. Figure 5
shows the source attribution per sector for the most important PM components
averaged across the Netherlands. Some components are dominated by a few sectors.
Agriculture is by far the most important source of ammonium, causing over 90% of
the emissions and concentration of this substance in the Netherlands. The mineral
dust concentration in the Netherlands originates for about 25% from outside the
model domain which is mainly associated with a few desert dust episodes. The
remaining mineral dust is equally divided between agriculture and road transport.
The unspecified primary particulate mass is dominated by industrial process
emissions. Nitrate, sulphate and EC concentrations originate mainly from sectors
in which fuel combustion is important (e.g. transport, industrial combustion and
power generation). For the other components, the sector origin is more diffuse.

Summing all separate contributions allows to assess the origin of the modelled
total mass. The most important contributions to total PM10 mass in this region are
associated with agriculture, on-road and off-road transport and natural sources.
Together these explain about 75% of the modelled mass. Secondary contributions
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Fig. 5 Annual average origin of modelled PM10 components in the Netherlands [27]

are derived from power generation, industrial processes and combustion as well as
households. Waste treatment, solvent use and extraction of fossil fuels do not
contribute significantly. Of the modelled part, 70-80% of PMI10 over the
Netherlands is anthropogenic, which is in agreement with the analysis described
in the previous section.

To investigate the differences in source contributions between peak episodes and
periods with lower modelled PM concentrations, all days were categorised based on
the average modelled concentration of PM10. The source attribution as function of
PM10 concentration in the Netherlands is shown in Fig. 6. The natural contribution
is highest when the total modelled PM concentration is low. Low concentrations are
associated with westerly winds, resulting in transport of sea salt from the North Sea
and Atlantic Ocean to the Netherlands. High PM concentrations occur mainly with
easterly winds and/or stable stagnant conditions, during which the influx of sea salt
is much smaller. The increase in concentration going from low to high PM levels is
proportional for most sectors, except for agriculture and transport, which become
more important mainly due to the more than proportional rise in ammonium nitrate
concentrations. In the high concentration range also the impact of a few desert dust
episodes is visible.
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Fig. 6 Modelled source attribution on a sectorial basis for the Netherlands as function of total
modelled PM10 mass. For each concentration bin, the number of occurrences is given

To contrast the situation in north-western Europe, we also present results for
Spain. Before addressing the source attribution, we need to highlight an important
difference between the two regions. In north-western Europe, the population
density is generally high, and cities are located close to each other. In Spain, this
is not the case. Major cities with high PM10 concentrations are located far from
each other, and away from the coast population density is very low. Hence, large
differences in concentrations are present between the rural background and urban
concentration levels.

Figure 7 presents the source attribution as function of modelled PM10 concentra-
tion averaged across the whole Spanish mainland. Hence, the apportionment is
dominated by the rural areas. This feature also explains the relatively low modelled
concentrations, also in comparison to north-western Europe. Note that the emissions
from the ocean are depicted as natural, whereas those of dust are classified as
boundary. This is due to the fact that a global model simulation incorporating desert
dust is used to provide the influx at the model domain boundaries. Whereas sea-salt
concentration decreases with PM in Spain, the impact of desert dust on PM episodes
is clearly recognisable and, for obvious reasons (Saharan desert sand), much larger
than in north-western Europe. Summarised, the natural sources (sea salt and desert
dust) contribute about half of the modelled PM10 concentrations across the whole of
Spain. Anthropogenic sources that contribute significantly are similar to those in
north-western Europe and comprise agriculture, transport and industrial combustion.
Zooming into large urban agglomerations such as Madrid and Barcelona, the impor-
tance of anthropogenic sources is significantly larger than for the country as a whole
and cause regional maxima modelled PM10 (Fig. 4). It is especially the transport
sector that significantly gains importance.
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Fig. 7 Modelled source attribution on a sectorial basis for the Spain as function of total modelled
PM10 mass. For each concentration bin, the number of occurrences is given. Note that desert dust
is incorporated as boundary conditions in the simulations, explaining the large contribution of
boundary conditions for Spain

5 Concluding Remarks

The chemical composition of PM10 on various measurement sites in the
Netherlands, Germany and Belgium shows a considerable conformity. Always,
SIA is the major constituent (+40%) followed by the carbonaceous compounds
(£25%). Contributions of sea salt and mineral dust vary between 10% and 15%
depending on location (distance to the North Sea) or presence of local sources. The
unidentified mass is only in the order of 15% showing that the composition of PM10
in the region is rather well known.

PM10 concentrations are systematically higher at urban sites. Roughly, every
constituent in PM10 appears higher in the urban area. The reduced dispersion in
urban areas and the presence of dominating (anthropogenic) sources are the main
reasons. However, the locations and distance between the rural and urban site may
also have influenced the analysis. For instance, the higher urban concentrations of
sea salt are induced by a closer proximity to the coast, though a small gradient in
salt may be explained by the resuspension of road salt in winter. Elementary carbon
in cities primarily originates from diesel emissions. The organic mass is a very
complex group with anthropogenic and natural sources. Although Robinson et al.
[28] showed that photo-oxidation of diesel emissions rapidly generates organic
aerosol ten Brink et al. [13], indicated that only one-third of the OC in a Dutch city
was due to fossil fuel combustion. Hence, the origin of OM remains unclear.
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Mineral dust sources in urban areas include road dust resuspension and demolition
and construction activities. There is no apparent reason why the unknown part
should also be higher or lower at urban or rural sites. A possible cause may be the
amount of water attached to SIA which appears increased. Hygroscopic salts on
particles, like ammonium nitrate and ammonium sulphate in the fine fraction, and
sodium nitrate and sodium sulphate in the coarse fraction attract water erroneously,
increasing the PM mass.

The reason why SIA is higher in urban areas is less obvious as these are
secondary aerosols. The observed increment is predominantly caused by more
nitrate and sulphate. The reaction of nitric acid and sulphuric acid with the sea-
salt aerosol in a marine urbanised environment follows an irreversible reaction
scheme. In essence, the chloride depletion stabilises part of the nitrate and sulphate
in the coarse mode and may partly explain part of the observed increment. How-
ever, it also raises the question how to assign the coarse mode nitrate in the mass
closure. The sea salt and nitrate contributions cannot simply be added any more as
nitrate replaces chloride. Reduction of NO, emissions may cause a reduction of
coarse mode nitrate, which is partly compensated by the fact that chloride is not lost
anymore. A reduction would yield a net result of (NO3-C1)/NO3 = (62-35)/62=)
27/62 times the nitrate reduction (where the numbers are molar weights of the
respective components), and this factor could be used to scale back the coarse
nitrate fraction in the chemical mass balance. A similar reasoning may be valid for
the anthropogenic sulphate in the coarse fraction. Corrections like these are uncom-
mon in current mass closure studies, and consequences will have to be explored in
more detail.

Important for the national and European air pollution policy is the question how
much of the measured particulate matter is of anthropogenic origin. It is this
fraction that can be targeted by national and European abatement strategies. A
pragmatic assessment of the natural versus anthropogenic contributions to PM was
given here. The estimation is that between 20% and 25% of PM10 is of natural
origin for countries like Germany, Belgium and the Netherlands. Hence, the
majority of PM in the north-western European region is of anthropogenic origin.
The uncertainty in such an analysis is considerable, and the result should be taken as
indicative.

A CTM was used to obtain a more detailed source apportionment for the
Netherlands. The model explains about 60% of the observed PM10 mass concen-
tration. Application of a dedicated source apportionment module showed that the
origin of the individual species may differ considerably. The most important
contributions to total PM10 mass in north-western Europe are associated with
agriculture, on-road and off-road transport as well as natural sources (sea salt).
Together these explain about 75% of the modelled mass. Secondary contributions
are derived from power generation, industrial processes and combustion as well as
households. Of the modelled part, 70-80% of PM10 over the Netherlands is
anthropogenic. The increase in source contribution going from low to high PM
levels is proportional for most sectors, except for agriculture and transport, which
become more important mainly due to the more than proportional rise in ammo-
nium nitrate concentrations. Sea-salt concentrations decline with rising PM10.
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Whereas sea-salt concentrations also decrease with rising PM in Spain, the
impact of Saharan dust on PM episodes is clearly recognisable and much larger
than in north-western Europe. The natural sources (sea salt and desert dust)
contribute about half of the modelled PM10 concentrations across the whole of
Spain, according to our modelling exercise. Anthropogenic sources that contribute
significantly are similar to those in north-western Europe.
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Particulate Matter and Exposure Modelling
in Europe

A.l. Miranda, J. Valente, J. Ferreira, and C. Borrego

Abstract Recent estimates delivered by the European Environment Agency indi-
cate that exposure to atmospheric particulate matter (PM) causes approximately
three million deaths per year in the world. Exceedances of PM thresholds have been
reported by the majority of the European Union member countries, mainly in urban
agglomerations where human exposure is also higher.

Health effects of air pollution, namely of PM levels, are the result of a chain of
events, going from the release of pollutants that lead to an atmospheric concentra-
tion, over the personal exposure, uptake, and resulting internal dose to the
subsequent health effect.

The focus of this chapter will be on PM ambient concentrations as input
for population exposure estimation, which are key variables for exposure models,
and are generally measured at air quality monitoring stations or estimated by
an adequate air quality modelling system. This chapter critically overviews PM
modelling activities going on in Europe in the scope of exposure assessment,
identifying advantages and gaps and recommending future uses and developments.

Keywords Exposure, Health effects, Modelling, Particulate matter
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1 Introduction

Particles in the atmosphere arise from natural sources, such as windborne dust, sea
spray and volcanoes, and from anthropogenic activities, such as combustion of
fuels. Emitted directly as particles (primary aerosol) or formed in the atmosphere by
gas-to-particle conversion processes (secondary aerosol), atmospheric aerosols are
generally considered to be the particles that range in from a few nanometres to tens
of micrometres in diameter [1].

Increased understanding of the health issues associated with high concentrations
of particulate matter (PM) have contributed to the identification of PM as the reason
for one of the most critical air pollution problems nowadays. Estimates from the
European Environment Agency [2] indicate that exposure to PM causes approxi-
mately three million deaths per year in the world. PM exceedances to the European
Directive 2008/50/EC [3] thresholds have been reported by the majority of the
European Union (EU) member countries, mainly in urban agglomerations, where
human exposure is also higher [4]. Fine particulates (PM, s5) are considered to be
responsible for increased mortality over Europe. Anthropogenic PM, 5 levels are
expected to be responsible for a loss of 10 months of life expectancy in some
regions of Europe by 2020, in spite of application of the current legislation devoted
to air pollution control [5]. It is also recognised that adverse effects from PM long-
term exposure occur whatever the concentration levels are [6, 7].

Health effects of air pollution, namely of PM levels in the air, are the result of a
chain of events, going from the release of pollutants leading to an ambient atmo-
spheric concentration, over the personal exposure, uptake, and resulting internal
dose to the subsequent health effect (Fig. 1).

The conditions for these events vary considerably and have to be accounted for,
in order to ensure a proper assessment [8]. Ambient concentrations and exposure
are the stages of the chain that are mainly covered within this chapter.

Human exposure refers to the individual contact (not uptake) with a pollutant
concentration. It is, then, important to distinguish between concentration and
exposure. According to Sexton and Ryan [9] concentration is a physical character-
istic of the environment at a certain place and time (amount of material per unit
volume of air), while the term exposure stands for the interaction between the
environment and a living subject. For exposure to take place two events need to
occur simultaneously: pollution concentration at a particular time and place, and the
presence of a person in that same place and time. Thus exposure has the dimension
of “(mass) x (time)/(volume)”.

Exposure studies can be carried out aiming to estimate exposure of one individ-
ual (personal exposure) or of a larger population group (population exposure),
through direct or indirect methods. Direct methods are measurements made by
personal portable exposure monitors. The personal exposure monitoring devices
that people carry with them must be lightweight, silent, highly autonomous and
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Fig. 1 Chain of events: from emission of pollutants to health effects

1 week is about the maximum time that any population representative sample of
individuals will comply with personal exposure measurements [8, 9].

When using indirect methods, the exposure is determined by combining infor-
mation about the time spent in specific locations, called microenvironments, and the
pollutants concentrations at these same places. A microenvironment is defined as a
three-dimensional space where the pollution concentration at some specified time is
spatially uniform or has constant statistical properties [8]. The microenvironment
can be interior of a car, inside a house, inside an office or school, outdoors, etc. Thus
total exposure is the sum of the exposure in all microenvironments during the time
of interest.

A constraint for using the indirect method is that the residence time of the person
(termed time-—activity pattern) needs to be known together with the pollution
concentrations in each of the microenvironment at the time the person is present.

This chapter will focus on PM ambient concentrations, which are key variables
for exposure models, and are generally obtained by direct measurements in air
quality monitoring stations. However, depending on the location and dimension of
the region to be studied, monitoring data could not be sufficient to characterise PM
levels or to perform population exposure estimations. Numerical models comple-
ment and improve the information provided by measured concentration data. These
models simulate the changes of pollutant concentrations in the air using a set of
mathematical equations that translate the chemical and physical processes in the
atmosphere.

In this scope the purpose of the present work is to critically overview PM
modelling activities, going on mainly in Europe, aiming to identify advantages
and gaps and to recommend future uses and developments.

2 Air Quality Modelling

Air quality models use mathematical and numerical techniques to simulate the
physical and chemical processes that affect air pollutants, namely PM, as they
disperse and react in the atmosphere. Based on meteorological and emission data
inputs, these models are designed to characterise primary PM emitted directly into
the atmosphere and, in some cases, secondary PM formed as a result of complex
chemical reactions within the atmosphere.

Seigneur [10] provides an overview of the current status of air quality models
simulating PM levels. Holmes and Morawska [11], more recently, have performed
a detailed review of modelling tools regarding the dispersion of particles in the
atmosphere.



262 A.l. Miranda et al.

Dispersion PM air quality models are usually simple; they estimate the concen-
tration of PM at specified ground-level receptors, considering only the dispersion
and not the chemical transformation processes. They simulate the atmospheric
transport, the turbulent atmospheric diffusion, and some are also able to simulate
the ground deposition. The most simple dispersion models use the Gaussian
approach (ISC3, AERMOD, AUSPLUME are examples of Gaussian models cur-
rently in use to estimate PM concentration values). Notwithstanding the simplicity
of this approach, Gaussian models have already been used to estimate PM
concentrations for exposure calculation. For example, some authors [12] evaluated
population exposure to PM using information from a multiple-source emission and
a Gaussian dispersion modelling system.

Chemical aerosol models simulate the changes of PM in the atmosphere using a
set of mathematical equations characterising the chemical and physical processes in
the atmosphere. They became widely recognised and routinely utilised tools for
regulatory analysis and attainment demonstrations by assessing the effectiveness of
control strategies. The simulation of the dynamics of multicomponent atmospheric
aerosols is an impressive problem that includes new particle formation by homoge-
neous heteromolecular nucleation, gas-to-particle conversion, coagulation and dry
deposition [13]. Most of the current chemical aerosol models have adopted the
three-dimensional Eulerian grid modelling mainly because of its ability to better
and more fully characterise physical processes in the atmosphere and predict the
species concentrations throughout the entire model domain [14].

The choice of an appropriate model is heavily dependent on the intended applica-
tion. In particular, the science of the model must match the pollutant(s) of concern.
If the pollutant of concern is fine PM, the model chemistry must be able to handle
reactions of nitrogen oxides (NOy), sulphur dioxide (SO,), volatile organic
compounds (VOC), ammonia, etc. Reactions in both the gas and aqueous phases
must be included, and preferably also heterogeneous reactions taking place on the
surfaces of particles. Apart from correct treatment of transport and diffusion, the
formation and growth of particles must be included, and the model must be able to
track the evolution of particle mass as a function of size. The ability to treat deposition
of pollutants to the surface of the earth by both wet and dry processes is also required.

Air quality PM models require a considerable volume of data. The specific needs
reflect the science incorporated in the model, but typically include the following:
emissions for all sources and for each of the chemical species treated by the model;
geophysical data as topography, land use category, vegetation type and additional
data for some local scale modelling, like building geometry; meteorology to drive
the transport and dispersion in the model; and initial and boundary conditions taken
from typical or averaged values measured, or previously modelled, for the region of
interest. Figure 2 presents the typical structure of an off-line air quality modelling
system, including the inputs and outputs usually considered.

Output data are usually the temporal and spatial distribution of PM concentration
values and sophisticated modelling approaches are available, which allow assessing
PM at high spatial and temporal resolution. These PM concentration results will be
the basis, with time—activity profiles, to exposure estimation.
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Fig. 2 Structure of an off-line air quality modelling system, showing the inputs and outputs of a
meteorological and a chemical-transport dispersion model

Because of the effects of uncertainty and its inherent randomness, it is not
possible for an air quality model to ever be “perfect”, and there is always a base
amount of scatter that cannot be removed [15]. Uncertainties in PM modelling have
been estimated in some works. For instance, Borrego et al. [16] evaluated PM,
hourly concentration results over Berlin for the year 2002, which were obtained
using two different scale model approaches. At the regional/urban scale, the applied
Eulerian chemistry-transport model was able to simulate PM;, with a satisfactory
uncertainty level, according to the quality objectives defined by the EU Directive
and to the statistical quality parameters suggested by Borrego et al. [17]. At local
scale, a Canyon Plume Box model has been used to simulate PM;, concentrations.
The uncertainty of PM o model results exhibited also a reasonable performance
regarding the model quality objectives and statistical parameters application.

In summary, notwithstanding the need to always assess PM modelling
uncertainties PM air quality models are widely applied in Europe for various
purposes, such as to help decision makers on the development of policies and air
quality management systems for protection of ecosystems and human health or for air
quality forecast, and consequently human exposure and health effects prevention.

3 Exposure Modelling

PM concentration fields coming from air quality models are estimations of outdoor
microenvironments that combined with gridded population and microenvironments
information can be used for exposure modelling and estimation of doses and health
effects, integrating the source to dose assessment chain (recall Fig. 1).

The general approach for exposure estimation can be expressed by Hertel et al.
[8] equation:
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exp; = C; X t;, (D

where exp; is the total exposure for the person i over the specified period of time,
C; is the pollutant concentration in a given location, and #; is the time spent by the
person i in that specific location. As a result, the exposure value is expressed in
concentration X time (e.g. g m " h), and thus can be interpreted as the mean
pollutant concentration value to which the individual has been exposed during
a given period of time (e.g. 1 h).

For exposure assessment, a combination of the spatial distribution of air
quality, namely PM levels, and an individual location on time (for personal
exposure) and population activity data and density (for population exposure) is
required. In what concerns time—activity data strategies are different when defin-
ing personal or population exposure. For personal exposure, what is needed is an
individual time—activity pattern. This can be obtained, for example, by personal
interview or using GPS tracking, since the exact place of the individual at each
moment is needed. For population exposure the used information is usually
aggregated by population class, and is focused on mobility of the population,
work/school-home displacements, presented, for example, as origin—destination
matrixes (number of people and time spent in displacement by means of trans-
port). Those matrices allow the calculation of the number of people that enters
and leaves the modelling domain. Numerical models are needed for the PM
mapping along the time, once the monitoring networks are able to assess the air
quality in the single stations of the monitoring network, and not the whole area of
interest.

According to IPCS [18] an exposure model is a conceptual or mathematical
representation of the exposure process, designed to reflect real-world human expo-
sure scenarios and processes. There are many different ways to classify exposure
models. A consensus appears to be developing around the following classification
scheme proposed by the World Health Organization [19], which has been adopted
in this chapter: (a) mechanistic or empirical and (b) deterministic or stochastic
(probabilistic). Table 1 lists these model categories. However, alternative
classifications may be considered as well.

Kousa et al. [20] classified exposure models as statistical, mathematical
and mathematical-stochastic models. Statistical models are based on the historical
data and capture the past statistical trend of pollutants [21]. The mathematical
modelling, also called deterministic modelling, involves application of emission
inventories, combined with air quality and population activity modelling. The
stochastic approach attempts to include a treatment of the inherent uncertainties
of the model [22].

Mathematical exposure models applied to urban areas have been presented by
Jensen [23], Kousa et al. [20] and Wu et al. [24]. The model presented by Jensen
[23] is based on the use of traffic flow computations and the operational street
pollution model (OSPM) for evaluating outdoor air pollutants concentrations in
urban areas. The activity patterns of the population have been evaluated using
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Table 1 Model categories [19]

265

Mechanistic

Empirical

Deterministic Mathematical constructs of physical/

chemical processes that predict fixed
outputs for a fixed set of inputs

chemical processes that predict the
range and probability density
distribution of an exposure model
outcome (e.g. predicted distribution
of personal exposures within a study

Statistical models based on measured

input and output values (e.g.
regression models that relate air
concentrations and blood levels of a
chemical or ambient pollutant
concentration with personal
exposures)

Mathematical construction of physical/ Regression-based models, where model

variables and coefficients are
represented by probability
distributions, representing
variability and/or uncertainty in the
model inputs and parameters

population)

various administrative databases and standardised time-—activity profiles. The
modelling system uses a GIS in combining and processing the concentration and
population data activity. The model was applied to evaluate population exposure in
one specific municipality in Denmark.

An individual exposure model (IEM) was developed by Wu et al. [24] to
retrospectively estimate the long-term average exposure of individual children
from Southern California to several pollutants, including PM;o and PM, 5. In the
IEM model, pollutant concentration due to both local mobile source emissions
and meteorologically transported pollutants were taken into account by combining
a Gaussian line source model (CALINE4) with a regional air quality model
(SMOG). Information from the Southern California Children’s Health Study
(CHS) survey was used to group each child into a specific time—activity category,
for which corresponding time—activity profiles were sampled.

Once the outdoor concentration has been calculated by air quality models, the
indoor pollutant concentration can also be modelled based on an understanding of
the ways in which indoor air becomes exchanged with outdoor air, together with
the deposition or decay dynamics of the pollutants, and with indoor emission
source rates characteristics. Several methodologies exist to estimate indoor air
pollution concentrations from outdoor modelled concentrations. These include a
variety of empirical approaches based on: statistical evaluation of test data and a
least-square regression analysis; deterministic models based on a pollutant mass
balance around a particular indoor air volume; or a combination of both
approaches. Most of the current available studies (e.g. [24-29]) are based on
experimental data, resulting from measurements of outdoor and indoor
concentrations for different microenvironments in order to establish a relation
between indoor and outdoor (I/O) PM concentrations. Morawska and Congrong
[30] presented a review of studies conducted in different countries concluding
that in the absence of known indoor sources the I/O ratios range from 0.50 to
0.98. These values show that firstly the contribution of outdoor air as a source of
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indoor particles is very significant, and secondly that is rather consistent across all
the studies.

4 PM Exposure Modelling Applications in Europe

A number of PM exposure modelling studies based on air quality modelling results
have already been performed in Europe. Hanninen et al. [31] present the results of
the estimation of children (<15 years) and elderly (> = 65 years) exposure in
Turin city area for a specific time period. An Eulerian mesoscale model was used to
obtain PM, ambient concentrations in a 1 km x 1 km horizontal resolution grid,
which were then used to estimate the indoor concentrations necessary for exposure
calculations [31]. For the studied episode, average exposure levels experienced
by both population groups (43.5 and 45.8 pug m ) were lower than the levels
recorded at urban monitoring sites (111.3 pug m—>), as could be expected due to the
substantial fraction of time spent indoors. Within the whole modelling area, average
exposures ranged from 20 to 95 pg m°.

Exposure to PM, air concentrations was estimated for the municipality of Porto
(the second largest Portuguese city) based on the application of a mesoscale air
quality and exposure modelling system [32]. Data on population, time—activity
patterns, microenvironments characterisation and input/output empirical relations
were gathered. Figure 3 presents the annual averages of simulated PM; concentra-
tion and individual exposure fields for the study domain. The spatial distribution of
exposure levels follows the concentration field; however, exposure annual averages
(varying between 40 and 70 pg m > h) are much lower than outdoor average
concentrations, which reach 90 pg m™>. The results have also shown important
differences between outdoor and indoor concentrations, stressing the need to
include indoor concentrations quantification in the exposure assessment.

Some other studies were performed relating human exposure in urban areas
based on ambient PM air concentrations determined with computational fluid
dynamics (CFD) modelling applications. The three-dimensional CFD model
MISKAM has been successfully implemented to provide better assessment of
exposure to traffic-related air pollutants in urban areas [33].

Borrego et al. [26] describe a methodology (schematically shown in Fig. 4)
to estimate population exposure to traffic-related PM in urban areas based
on the estimation of ambient pollutant concentrations with the CFD model
VADIS. This methodology combines information on concentrations at different
microenvironments and population time—activity pattern data. A downscaling from
a mesoscale meteorological and dispersion model to a local scale air quality model
was done to define the boundary conditions for the local scale application. Simple
I/O relations were used by Borrego et al. [26] to determine PM;, indoor
concentrations from outdoor concentrations. The prime objective was the quantifi-
cation of an integrated exposure expressed as an accumulated population exposure
index (APEI). The APEI index was defined as the daily accumulated exposure over
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Fig. 5 PM,, simulated field and exposure results for an urban area in Lisbon [26]

the pollutant concentration threshold and weighted by the number of inhabitants
exposed. Therefore, it is calculated as a sum of the positive differences between the
hourly mean PM;, concentration and a threshold, multiplied by the number of
inhabitants exposed, and then integrated over 24 h. Results of a PM;q hourly field
predicted by the VADIS local dispersion model and the population exposure
expressed in terms of the accumulated index (APEIS50) are presented in Fig. 5.

This methodology was a first approach to estimate population exposure, calcu-
lated as the total daily values above the thresholds recommended by the European
Commission Directive for long- and short-term health effects. Obtained results
revealed that in Lisbon city centre a large number of persons are exposed to PM
levels exceeding the legislated daily limit value of 50 pg m .

McNabola et al. [34] also used a CFD to investigate whether pedestrians using
the boardwalk would have a lower air pollution exposure than those using the
adjoining footpath along the road. The results show considerable reductions in
pedestrian exposure to traffic derived PM along the boardwalk as opposed to
footpath.

S New Developments

Aerosol modelling tools registered a fast development along the last years. Nowa-
days, and besides the complexity of the formation mechanism of aerosols and the
great number of individual chemical species involved, it is possible to simulate
them and to estimate population exposure based on chemical transport model
results. Modelling organic aerosol is among the most demanding aspects of air
quality simulations because the formation processes and evolution are poorly
understood and, in spite of the recent improvements in air quality models, organic
aerosols can be underestimated by a large amount [35, 36]. Improvements still have
to be done, regarding the chemical and physical processes, especially in the case of
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secondary organic compounds (SOA), which processes continue to be involved in a
high level of uncertainty.

Also special care should be taken to reduce uncertainties on emission data and
measurements. The validation of an aerosol model requires the analysis of the
aerosol chemical composition for the main particulate species (ammonium,
sulphate, nitrate and secondary organic aerosol). To find data to perform this kind
of more complete evaluation is not always easy. The same applies to emissions
data. The lack of detailed information regarding the chemical composition of
aerosols obliges modellers to use previously defined aerosols components
distributions, which are found in the literature. Present knowledge in emission
processes is yet lacunal, especially concerning suspension and resuspension of
deposited particles [37].

Moreover, the large diversity of environments and sources of aerosols makes
difficult to obtain a general assessment of models performance for a given model all
over a large region like Europe, simultaneously at urban and regional scales.
Northern Europe undergoes a very different climate than southern Europe, and
sources mostly result from combustion in large cities and industrial areas, while
southern Europe may be significantly influenced by wind-blown dust.

The issue of modelling scales and objective is very important. City-Delta
exercise in which mesoscale models were used to calculate PM concentrations in
urban areas allowed concluding that finer-scale models show better performance
for PM,q in the cities than large-scale models. However, these improvements
are limited because these models do not generally use small-scale meteorology,
and still have limited vertical resolution [37]. A further increase in horizontal
resolution, aiming to reach urban scale, may be necessary to increase further
the skill. Dynamical downscaling, from regional till local scale, could be a way to
increase the simulation resolution, taking into account the influence of large-scale
phenomena in micro-scale.

Improvements of aerosol modelling performance have been focused on data
assimilation of PM and aerosols species. However, they have so far mainly been
indirectly assimilated via aerosol optical depth (AOD), either using satellite data
alone, or in combination with ground-based data. This is confounded by a number
of difficulties due to the complex character of the different constituents of PM.
It is thus not possible to use such assimilation systems yet to assess the PM
concentrations in cities or urban areas. Before using more sophisticated
techniques of data assimilation it is of vital importance that the model is thor-
oughly evaluated and validated, using proper model input data and measurements.
This part of the work should not be underestimated, as it often forms the key to
success in combining monitoring and modelling. Ideally, the model should show
little or no bias as compared to the measurements, i.e., the model should not
underestimate or overestimate concentrations systematically, or as an average, as
compared to the measurements. Most data assimilation methods work best if there
are little or no bias between the model and the measurements. There should also
be a reasonable good time correlation (perhaps 0.5 or higher) between the two
before attempting to use such methods.
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The ensemble approach should also be further investigated as a way to
improve PM estimates. The Air Quality Model Evaluation International Initiative
(AQMEII—http://agmeii.jrc.ec.europa.eu/aqgmeii2.html) is developing and testing
innovative model evaluation methodologies, focusing on ensemble, to improve
knowledge about relevant processes and to increase confidence in model perfor-
mance for better support of policy development.

Exposure modelling is a promising approach to exposure assessment, using
ambient air concentration modelling and the respective spatial and temporal distri-
bution, combined with population statistics, to get a statistical assessment. Aiming
at personal exposure information may become more accurate, using traffic models’
information on optimised daily trips (work, school, shopping) or even tracking
individuals mobile phone positions. Technology for exposure assessment is avail-
able; it is a matter of costs, data handling and data privacy regulations to access
such information. Anyway, a statistical assessment may prove sufficient for many
purposes.

Indoor environments are (in the absence of indoor sources) assumed to be
much less exposed to PM than outdoor air, due to the filtering effect of the
building. Nevertheless, some studies indicate that high indoor values are also
found [28]. Still, data show that ambient concentration levels reflect also the
temporal variation that is seen indoors, at least for PM. In this sense, the use of
ambient data as a proxy for the overall exposure has to be further analysed, since
it can introduce high inaccuracy in exposure calculations. How can the exposure
to indoor sources (cooking, cleaning, candle lights, smoking) be assessed and
what are the health implications of those sources are still questions to investigate,
taking into consideration PM outdoor—indoor penetration and the dependency
between lifetime indoor and the particles size, composition, physical properties
(e.g. volatility, hygroscopicity) and removal processes (absorption/adsorption
onto indoor surfaces). Moreover, it is clear that the fraction of time people
spend indoors changes between seasons and between places (especially northern
vs. southern Europe) and also depends on work habits that may change with time
(mechanisation of outdoor labour, but also leisure activities). Finally, influence of
the outdoor environment to indoor air quality or the indoor particle formation will
strongly depend on age and cultural habits, partly again triggered by environmen-
tal conditions. Together with the need to look into other metrics than PM alone,
this indicates the importance of better understanding the extent people are
exposed to particulate matter — with exposure as the potential to inhale and retain
a certain dose of material.

6 Final Comments

Air quality numerical models are useful tools for the mapping of PM, once the
monitoring networks are able to assess the air quality in single stations, and not a
whole area of interest. Mathematical models which simulate the evolution of both
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gaseous and aerosol species are recent due to the complexity and variability of the
processes in which particulate matter is involved [38].

Nowadays, highly sophisticated modelling approaches are available, which
allow assessing PM at high spatial and temporal resolution, as needed for human
exposure estimation. Thus no new models need to be developed (models predicting
transport and transformation of aerosols in the atmosphere are available). Instead,
methods need to be devised which are able to reduce uncertainty of modelled
outputs. The respective results made available for a certain use allows understand-
ing if answers to specific user questions can or cannot be supplied reliably.

Therefore, before being used for policies and health evaluation, PM air quality
models must be evaluated, a process which can now be carried out over long time
periods [37, 39] due to the increase in computer power and memory. All models are
useful and the choice of an appropriate model is heavily dependent on the intended
application: the type and dimension of the area, and the final goal of the study (air
quality management, exposure and health estimations, etc.).

As shown along this chapter, a reliable air quality model is a valuable tool for
human exposure studies, once modelled concentrations at different spatial scales
and time resolutions allow to better characterising the air quality at the
microenvironments visited by a target population, rather than monitoring values
that are site and time specific. Moreover, air quality and exposure modelling
approach considers the contribution of indoor environments, where people spend
most of their time, to the exposure estimation.

During the last two decades or so several chemistry-transport models have been
developed in Europe and elsewhere. They are already widely applied for PM
exposure and health-related issues, at local, urban and regional scales, but an effort
is still needed to take more advantage of this third generation models (Chemical
Transport Models including aerosol chemistry) on epidemiological studies.
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1 Introduction

Current strategies for monitoring urban air pollution arise from the abundant evidence
of the harm that air pollution causes to human health (see the extensive review in [1])
and the broader environment. Types of harm include the acidification of soils and
water [2, 3], eutrophication [4], and the erosion and soiling of buildings and structures
(e.g. [5]). Globally air pollution may have both positive and negative effects including
significant climatic implications [6] and their role as an important source of essential
nutrients and minerals, e.g. for the Amazon region in South America [7]. The strategy
chosen for air quality monitoring depends on the impact to be monitored, as well as
on the available measurement techniques and financial considerations.

For example, monitoring long range transport of pollutants for the purpose
of assessing eutrophication and acidification led to the set-up of the European Moni-
toring and Evaluation Programme [8] in 1979. The focus on investigating long range
transport of acidic substances led to EMEP establishing remote background sites in
Europe and standardised measurements for, e.g. sulphate and nitrate in particles and
rainwater. This monitoring combined with modelling allows trans-boundary transport
of these pollutants to be assessed and reduction measures to be established.

The main rationale for ambient air quality monitoring in urban areas concerns the
negative health effects of pollutants on humans. The linkage between air pollutants
and health effects has been established for many decades, though evidence from
urban air pollution effects became most infamously known by the assessment of the
London smog episode in 1952 [9]. This event and other investigations published
before and afterwards lead to the establishment of legislations to improve ambient air
quality. Table 1 gives an example of the development of air quality-related
regulations in the UK and the European Union.

All air quality-related legislation is based on the presumption of a direct line
connecting emissions, ambient air quality, exposure, uptake, dose and effect.
Pursuing this idea, regulation starts at the point of emission. Whilst the emissions
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Table 1 History of air pollution in the UK (based on [10])

Year and legislation

Focus/purpose

1273

1306 — Royal Proclamation

1845 — Railway Clauses Consolidated
Act

1847 — The Improvement Clauses Act

1863 — Alkali, etc. Works Regulation Act

1866 — The Sanitary Act

1875 — The Public Health Act

1946
1956 — Clean Air Act

1970 — EC Directive 70/220/EEC

1972 — EC Directive 72/306/EEC

1974 — Control of Pollution Act

1975 — EC Directive 75/716/EEC

1978 — EC Directive 78/611/EEC

1979 — International Convention on
Long Range Transboundary Pollution

1980 — EC Directive 80/779/EEC

1982 — EC Directive 82/884/EEC
1984 — Directive 84/360/EEC

1989 — EC Directive 89/427/EEC

1990 — Environmental Protection Act
1991 — The Road Vehicles Regulations
1992 — EC Directive 92/72/EEC

1995 — The Environment Act

1996 — EC Directive 96/62/EC

Use of coal prohibited in London as being “prejudicial
to health”

Prohibiting craftsmen from using sea-coal in their
furnaces

Required railway engines to consume their own smoke

Contained a section dealing with factory smoke

Required that 95% of the offensive emissions should
be arrested

Empowered sanitary authorities to take action in cases
of smoke nuisances

Contained a section on smoke abatement from which
legislation to the present day has been based

First smokeless zone and prior approval legislation

Introduced smoke control areas, controlled chimney
heights

Air pollution measures against gases from positive
ignition engines of motor vehicles (emissions of
CO and hydrocarbons)

Measures against diesel engine emissions limiting
black smoke emissions from heavy duty vehicles

Regulation of motor fuels. Limits amount of sulphur in
fuel oil

Sulphur content of certain liquid fuels. Amended in
1987 EC Directive 87/219/EEC: (1) The motor and
oil fuel

Lead content of petrol limited to 0.4 gl

Introduced to control the transboundary effects of acid
rain and to limit emission of acidifying pollutants

Air quality limit values and guide values for sulphur
dioxide and suspended particles

Limit value for lead in the air

Common framework directive on combating pollution
from industrial plants

Limit values and guide values of air quality for sulphur
dioxide and suspended particulates. Harmonised
measurement methods

Smaller emission sources under air pollution control
by local authorities for the first time

Set standards for in service emissions of CO and
hydrocarbons to be included in the MOT test

Harmonised procedure for monitoring, exchange of
information and public warnings for ozone

New statutory framework for local air quality
management with obligation to publish a National
Strategy

Framework for controlling levels of SO,, NO,,
particulate matter, Pb, O3, benzene, CO and other

(continued)
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Table 1 (continued)

Year and legislation Focus/purpose

hydrocarbons leading to Daughter Directives 1-4:
1999/30/EC, 2000/69/EC, 2002/3/EC and
2004/107/EC
1997 — The National Air Quality Strategy Published with commitments to achieve new air
quality objectives throughout the UK by 2005
2008 — EC Directive 2008/50/EC Merges existing legislation into one directive
(excl. 4th daughter directive), sets new objectives
for PM2.5 (fine particles) including the limit value
and exposure-related objectives, and gives
possibility to discount natural sources of pollution

from large industrial sources can be measured directly, the sheer multitude of
individual air pollution sources (e.g. cars on the road or home heating systems)
means that they cannot be assessed individually and instead regulatory assessment
is extended to the measurement of ambient air quality. Emission monitoring, even
though not the focus of this article, is hence intrinsically linked to ambient air
quality monitoring to ensure that ambient limit values are achieved and allow
efficient abatement strategies for air quality improvements when needed.

Extending the ideas of Chen et al. [11], the purpose of ambient air quality
monitoring in urban areas can be described as:

1. Determining whether legal limit or target values are met at the monitoring sites

2. Deriving population-exposure-related values for health impact assessments

3. Providing information to check emissions inventories and pollutant evolution,
allowing effective abatement strategies to be planned and executed

4. Providing real-time information allowing rapid response to air quality deterioration

5. Providing reliable data with which to validate air quality models and new
monitoring methods

6. Providing timely information on air quality to all interested parties including the
general public

Monitoring strategies can be summarised in terms of spatial representativity
(i.e. siting criteria, including fixed or mobile and numbers of sites), time resolution
and measurement accuracy. Network design will of course be constrained by the
available technologies and cost. Currently the main focus for monitoring networks is
to satisfy the requirements of air quality legislation, as described in the next section.

2 Current Legislative Monitoring Requirements
in Different Parts of the World

2.1 USA

The US Environmental Protection Agency (EPA) is required to set up National
Ambient Air Quality Standards for substances possibly harmful for humans or the
environment. This requirement is formulated in the Clean Air Act, last amended in
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Table 2 Air pollutants regulated by the National Ambient Air Quality Standards as of October
2011 [12]

Pollutant (final

rule cite) Primary/secondary ~ Avg. time  Level Form
Carbon Primary &h 9 ppm Not more than one
monoxide 1h 35 ppm exceedance per year
Lead Primary + secondary 3 month 0.15 pg/m® Not to be exceeded
average
Nitrogen Primary 1h 100 ppb 8th percentile, averaged over
dioxide 3 years
Primary + secondary Annual 53 ppb Annual mean
Ozone Primary + secondary 8 h 0.075 ppm  Annual 4th highest daily max.

8-h concentration, avg.
over 3 years

Particles PM, s Primary + secondary Annual 15 pg/m>  Annual mean, avg. over
3 years
24 h 35 ug/m®  98th percentile, avg. over
3 years
PM;o, Primary + secondary 24 h 150 pg/m® Max. one exceedance per
year, over 3 years
Sulphur dioxide Primary 1h 75 ppb 99th percentile of 1-h daily

max. concentrations,
averaged over 3 years

Secondary 3h 0.5 ppm Not to be exceeded more than
once per year

1990, which also differentiates between primary standards providing public health
protection, including protecting the health of “sensitive” populations such as
asthmatics, children and the elderly, and secondary standards providing public
welfare protection, including protection against decreased visibility and damage
to animals, crops, vegetation and buildings. The criteria air pollutants, applicable
throughout the USA, are listed with their limit values, called “Ambient Air Quality
Standards” in the USA, in Table 2.

Two main networks are differentiated in the USA: the state and local air
monitoring stations (SLAMS) and the national air monitoring stations (NAMS).
The two networks mainly differ in their requirements with respect to area of
coverage with more, smaller-scale representative monitoring sites within the
SLAMS. The objectives, primarily for SLAMS, as laid out in CFR 40 [13] are to:

(a) Provide air pollution data to the general public in a timely manner

(b) Support compliance with ambient air quality standards and emissions strategy
development

(c) Support air pollution research studies, specifically providing data for
researchers working on health effects assessments and atmospheric processes,
or for monitoring methods development

Both networks, SLAMS and NAMS, use the same siting criteria as laid out by
the US EPA, differentiating micro, middle, neighbourhood, urban, regional and
national to global scale [13]. This differentiation is solely based on their spatial
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scale of representativeness. Representativeness can be seen as an area surrounding
the measurement site where air pollutant concentrations are reasonably similar to
those measured at the monitoring site.

Based on the objectives and scales of spatial representativeness needed, CFR 40
[13] differentiates six site types:

(a) Sites located to determine the highest concentrations expected to occur in the
area covered by the network,

(b) Sites located to measure typical concentrations in areas of high population density,

(c) Sites located to determine the impact of significant sources or source categories
on air quality,

(d) Sites located to determine general background concentration levels,

(e) Sites located to determine the extent of regional pollutant transport among
populated areas; and in support of secondary standards and

(f) Sites located to measure air pollution impacts on visibility, vegetation damage
or other welfare-based impacts.

Each site type matches a certain need of spatial representativeness. For example,
sites located to determine local hot-spots are at places where the highest
concentrations are expected and will mostly be microscale monitoring sites, while
those measuring air pollution impacts on visibility and vegetation damage have to
be representative over regional to national scale.

CFR 40 [13] reflects this not only in general form but also with respect to specific
pollutants. Ozone, a typical large-scale secondary pollutant (formed in the gas phase
in polluted air) accordingly has only to be measured at urban and larger scales during
the “ozone season”, as derived from seasonal measurements for each federal state
and listed in CFR 40 [13]. In contrast, the main areas required to monitor for CO
and NO, are at the micro- and middle-scale where the highest concentrations and
exposure may occur. It is interesting to note that microscale (near road) NO,
measurements according to CFR 40 [13] are required to be conducted “within
50 m of target road segments in order to measure expected peak concentrations”.
A microscale site typically represents an area impacted by the plume with dimensions
extending up to approximately 100 m. The distance from a source is a very critical
parameter when compliance to limit values is required.

The current strategy and approach for air quality monitoring networks in the
USA is therefore best described as pursuing the aims of ensuring the achievement
of air quality limit values, air quality control, and allowing rapid intervention to
prevent air quality deterioration.

2.2 Asia

Air quality standards and monitoring strategies across Asia are diverse and exhibit
many differences between the countries. For brevity only the standards and moni-
toring concept for Japan are presented in any detail. For Taiwan, India, China and



Air Pollution Monitoring Strategies and Technologies for Urban Areas 283

Table 3 Japanese air quality standards (based on [15])

Pollutant Avg. time Level Form
Carbon monoxide 24 h 10 ppm Not to be exceeded

1h 20 ppm For any consecutive 8 h period
Lead No limit value
Nitrogen dioxide 24 h 0.04-0.06 ppm  Values to be within or below that zone
Ozone® 1h 0.06 ppm Not to be exceeded
Particle pollution PM,s Year 15 ug/m3 Not to be exceeded

24 h 35 ptg/m3 Annual 98th percentile value

PM;o The daily average for hourly values shall

not exceed 0.10 mg/m3, and hourly

values shall not exceed 0.20 mg/m’
Sulphur dioxide 24 h 0.04 ppm Not to be exceeded
1h 0.1 ppm Not to be exceeded

“Defined as oxidising substances (e.g. Oz and PAN, peroxyacetyl nitrate) capable of isolating
iodine from neutral potassium iodide, excluding nitrogen dioxide

other Asian countries, please refer to the corresponding webpages [14]. The Japa-
nese air quality standards are summarised in Table 3.

The Japanese “Air Pollution Control Law” dates back to 1968 and was designed
to promote comprehensive air pollution control measures. Subsequent revisions
have included extensions of regulatory objects, nationwide regulation and enforced
standards, e.g. those for specific dust (asbestos) in 1989, vehicle fuel in 1995,
harmful air pollutants in 1996 and volatile organic compounds (VOC) in 2004.

Article 1 of the recent Japanese Air Pollution Control Law [16] states:

The purposes of this Law are as follows.

One is to protect the public health and preserve the living environment with respect to air
pollution, by controlling emissions of soot, smoke and particulate from the business activities
of factories and business establishments; by controlling emissions of particulate while
buildings are being demolished; by promoting various measures concerning hazardous air
pollutants; and, by setting maximum permissible limits for automobile exhaust gases, etc.

The other is to help victims of air pollution-related health damage by providing a
liability regime health damage caused by air pollution from business activities.

It is interesting to note that this law clearly indicates a liability regime for
those who were harmed which is not the case in the corresponding laws of the
USA and the European Union.

2.3 Europe

Air Quality is regulated at the European Union level by Directive 2008/50/EC [17]
with currently one additional directive (2004/107/EC) [18] covering arsenic,
Cd, Hg, Ni and polycyclic hydrocarbons (PAH) in air. The European directives
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include more pollutants than those listed by the US EPA as “criteria air pollutants
common throughout the United States”; specifically As, Ni, PAH, specifically
benzo(a)pyrene), Hg and Cd.

The Directive requires air quality monitoring for the protection of human health
and the environment. This is specifically addressed in the Directive preamble which
states that air pollution has to be reduced to such a level that any harm to humans
is kept at a minimum and takes special account of the needs of sensitive
subpopulations, such as children and elderly people.

Monitoring of additional, non-regulated substances is also requested at regional
background locations (EMEP sites) to (a) compare rural concentrations to those in
other areas, e.g. urban concentrations, (b) identify and quantify regional sources
and their contributions and (c) allow the assessment of the trans-national movement
of air pollutants. Substances requested for this type of regional background station
are the anions and cations SO427, NO5™, Mg2+, Ca’™, NH4+, Cl,Na", KT, plus
elemental carbon and organic carbon, in the PM, 5 particle size fraction.

Table 4 summarises the air quality standards stipulated in the 2008 EC Directive.
Additionally, benzene is regulated not to exceed 5 pg/m? as an annual average.

The European Directive [17], like the US regulations, differentiates separate site
types for the protection of human health and the environment. Three main site types
are defined for health purposes:

— Hot-spot monitoring: Publicly accessible areas in urban environments where
highest concentrations of a pollutant are to be expected, including areas
influenced by traffic or industrial emissions,

— Urban area monitoring: Measurements conducted at a location representative of
a larger area to represent population exposure,

— Rural area monitoring: A sampling location which is not influenced by industry
or city areas within the surrounding 5 km.

A single site type is defined for the protection of the environment; these are
regional background sites designed to represent an area of at least 1,000 km?.
Regional background monitoring sites should be at least 5 km from significant
sources and more than 20 km away from any conurbation.

In addition to the above site criteria, microscale requirements are set out within
the European directive [17]. Traffic-related hot-spot sampling locations shall not be
more than 10 m away from the edge of the traffic lane and should be representative
of a road length of 100 m. The Directive [17] additionally gives further
recommendations including distances from walls and sampling height.

2.4 Comparison of the Air Quality Monitoring Strategies

A comparison of the air quality strategies of the USA, Japan and Europe reveals
many similarities.



Air Pollution Monitoring Strategies and Technologies for Urban Areas 285

Table 4 Air pollutants regulated in Europe (based on [17])

Avg.
Pollutant time Level Form
Carbon monoxide 8 h 10 mg/m®  Not to be exceeded
Lead Annual 0.5 pg/m3 Not to be exceeded
Nitrogen dioxide Annual 40 ug/m3 Not to be exceeded
1h 200 pg/m® Not to be exceeded more than 18 times a year

Annual 30 pg/m®>  As NO,, for environmental protection: Not to be
exceeded at regional sites
Ozone 8h 120 pg/m®  For health protection: Not to be exceeded more than
25 times per year, averaged over 3 years
AOT40 18,000 pg/ For environmental protection: Sum of differences

m>*h between 8 am and 8 pm of hourly value exceeding
80 ig/m> between May and July over 3 years
Particles PM,s Annual 25 ug/m3 To be reached in steps with no exceedance in 2015

AEI* 20 pg/m®  Not to be exceeded
PM,, Annual 40 pg/m® Not to be exceeded
24 h 50 pg/m*®  Not to be exceeded more than 35 times a year
Sulphur dioxide 24 h 125 ;1g/m3 Not to be exceeded more than 3 times a year.
1h 350 pg/m> Not to be exceeded more than 24 times a year
Annual 20 pg/m®  For environmental protection: Not to be exceeded
at regional sites

#Average Exposure Indicator: the representative mean of urban background monitoring stations in
a country, calculated as a rolling 3-year average

All strategies

— Contain elements of emission monitoring (not further discussed in detail)

— Assume a link between emissions and ambient air quality

— Define site types depending on distance to major sources of air pollution

— Rely on a combination of emission control and ambient air quality monitoring
— Include limit values for the safety of the population and the environment

— Stress the importance of providing timely information to the public

Strong similarities can also be seen between the lists of regulated air pollutants
in Tables 2, 3 and 4. There are some air pollutants beyond those listed in the tables
that are also required to be monitored, including volatile organic compounds
(VOCs) and polycyclic aromatic hydrocarbons (PAHs).

Still significant differences exist in

¢ The area of liability

European law does not state anything concerning liability in the case of harm
or damage by air pollution, whereas specific sections are dedicated to this question
in Japanese law.

¢ Definition of site types

While the general idea of differentiating monitoring site types is present in all the
monitoring strategies, the site type definitions and descriptions are different. The
USA approach starts with different scales of representativity which are then linked to
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specific monitoring aims. The European Directive [17] approaches site definitions
from the other direction, by defining the monitoring aim and describing the site types
needed; distances to sources are stipulated and specific siting criteria have to be
fulfilled. It is also important to note that sampling and siting is more stringently
defined in the European Directive compared with the USA requirements.

* Microscale siting requirements and pollutants

Even though the major air pollutants and limit values appear very similar, signifi-
cant differences may arise from different siting requirements. CFR 40 [13] states
that near road measurements, which are only required for NO, and CO, are to be
conducted within 50 m of the target road segment. No near-road measurements are
required for, e.g. particulate matter PM, 5 and PM;, in the USA. By contrast, the
European Directive [17] requires near-road measurements in a maximum distance
of 10 m from the road edge for a larger variety of pollutants (SO,, NO, NO,, PM,,
PM, s, lead, benzene and CO). Various studies have shown the rapid decrease in
primary pollutant concentrations with distance from roads; concentrations can be
20—40% lower for PM, 5, PM( and particle number (both <100 nm and 0.5-20 um
in diameter) at 50 m away from a road compared with concentrations at 10 m [19,
20]. This means that the US limit value of 100 ppb for NO, is not equivalent to its
European counterpart, even though 100 ppb &~ 200 pg/m®. It is actually about 40%
higher (140 ppb) if concentrations in comparable locations are considered.

» The concept of population exposure

The European Directive [17] is alone in having the concept of regulating population
exposure via an average exposure indicator (the AEI for PM, 5). This means that an
average urban background concentration for a country is calculated and regulated.
The concentrations determined at this site type are considered to be the most
exposure-relevant for the population. This approach is based on cost—benefit
analyses comparing the benefits of focussing on hot spots (in response to a limit
value approach) with those from efforts affecting larger areas [21]. Given the
absence of evidence for a threshold for PM health effects, it is more beneficial for
the general health of the population, and more cost effective, to decrease the
average pollution exposure for the whole population than it is to decrease the
concentration at highlighted locations in a populated area. The “hot-spot approach”
with attainment of limit values at all relevant measurement sites is still pursued, as
in the other countries, in parallel.

3 How Do Air Quality Monitoring Technologies
Influence Strategies?

Robust air quality monitoring is based on the quantification of pollutant concentrations
with a high degree of accuracy, precision, comparability and long-term stability.
Accuracy and precision of measurements are essential for the assessment of limit
value attainment and law enforcement to improve ambient air quality.
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Early techniques used in regular monitoring were bulky and often relied on air
sampling with subsequent laboratory analysis. Volz and Kley [22] describe early
methods to measure Os, initially employed in 1876. Here a defined volume of air
was bubbled through a solution of AsO5*~ which reacted with Oz to form
AsO,>". The amount of AsO;>~ was then titrated with I, to determine the Os
concentration. Other early air quality monitoring techniques focused on the
measurement of airborne particles. The use of fibrous filters for sampling airborne
particles was invented around 1920 (see [23]) and became standard for ambient
air quality monitoring after 1940. The method of manually weighing a filter prior
to and after sampling a defined volume of air is still in use, and it is currently
the basis of reference methods for the determination of PM;, and PM, 5 in the
EU and US.

Measurements using sampling techniques and subsequent laboratory analysis
are labour intensive, costly and do not meet the need for timely dissemination of air
pollution information to the public.

Developments in the 1970s and 1980s allowed the first measurements of gases
to be made using automated measurement techniques. Good examples include the
techniques developed for the measurement of oxides of nitrogen, O3, CO,, particle
mass and soot (black carbon).

The oxides of nitrogen (NO and NO,) can be determined with a method based
on chemiluminescence, compound-specific light emission after excitation. The
principle of this method is based on the following chemical reaction:

NO 4 O3 — NO; * +0, (1)
NO,* — NO; + hv (@)

The addition of O3 and measurement of the light intensity at the specific
wavelength (2) in a reaction chamber can be used for continuous NO measurements
[24] and for NO, if this is catalytically reduced to NO as part of the process.

Light absorption at specific wavelengths is another principle often employed for
the online measurement of gaseous pollutants. For example, the absorption of O3 in
the ultraviolet at 254 nm can be used, though this experiences cross sensitivity to
SO, and PAHs, and CO, in the infrared at 4.26 pm (2,350 cm™ "), which has little
cross sensitivity to other gases. The most common C—H absorption bands are in the
range of 3.33-3.57 pum (2,800-3,000 cm_l).

While these methods can readily be employed in “real time”, light absorption of
soot particles was first developed for laboratory measurements of particles collected
on filters and then adapted for online deployment [25]. Sampling on filter tapes
allows quasi-continuous measurement by recording the decrease of transmitted
light and moving the tape when the exposed area becomes too dark.

Parallel developments in health research, especially empirical studies, have gone
hand in hand with new air pollution measurement technologies and have led to a
substantial body of evidence on the adverse effects of air pollution. Put simply, new
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Fig. 1 Interlinkage between new measurement techniques and findings with the development of
legislation

measurement technologies and new hypotheses in the environmental health arena
have triggered research and taken forward our understanding of air pollution and
health, which has in turn fed into legislation and emission controls.

Automated, quasi-online systems with highly time-resolved measurements,
and the improvement of data storage and telecommunication technologies, have
led to the current standardised system of air quality monitoring. This is based
on fixed monitoring sites at different locations representing different site types.
The sites are equipped with standardised monitoring devices for the regulated air
pollutants and other optional measurements. The standardisation of the measure-
ment methods is undertaken by the standardising and regulation bodies of the
corresponding countries or legal jurisdictions, e.g. the US EPA for the USA, the
VDI/DIN (Verein deutscher Ingenieure/deutsche Industrienorm) for Germany,
CEN (Comité Européen de Normalisation) for the European Union, JIS (Japanese
Industrial Standards) for Japan, and by ISO (International Standard Organisation)
for worldwide harmonisation of air quality measurements.

Online data exchange is now possible with the standardised automated measure-
ment methods being employed combined with telecommunication links. This data
exchange allows for timely public air quality data to be sent via video text, the
Internet, telephone and smartphones, as requested in the legislation.

The historical development of air quality measurements over the last
100 years has clearly influenced the monitoring strategies. These changes have
not come spontaneously, but in a cycle, or rather in a spiral of related developments
(Fig. 1).

Hence air quality monitoring today is a vibrantly developing area, employ-
ing new technologies and improving the understanding of human and environ-
mental health effects, to work towards quality-of-life improvements for the
population.
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4 Recent Technological Developments

Emerging measurement technologies look to enable new monitoring paradigms.
An analysis of available and recent developments in air quality monitoring
technologies within the European Project “AirMonTech'” identified several
major areas of development:

(a) Multi-component analysis,

Most current automated measurement techniques focus on one or possibly two air
pollutants. A survey of recent developments shows major advances in multi-
component analysis. Examples include:

Online liquid chromatography systems (e.g. Marga) which sample airborne
particles into a liquid which is subsequently analysed in the field for (soluble)
particle components such as SO,>~, NO;~, Cl~, Ca*", Mg®", K" and Na™ [26].

The development of aerosol mass spectrometers (AMS), starting with work by
Allen and Gould [27] and Sinha et al. [28], which focusses mainly on compounds
ionisable at temperatures below 1,300°C such as sulphates and organic matter.
Recently Park et al. [29] have developed a laser-induced ionisation method also
allowing the detection of some metals and metal oxides. AMS without particle size
separation are now small enough in size and power consumption to be used in long-
term monitoring networks [30].

Multi-elemental analysis by non-destructive X-ray fluorescence (XRF) is possible
on filter tape samples similar to those collected for particle light absorption
measurements. Up to 23 elements with the atomic number of potassium and above
can be analysed by this method simultaneously, with a time resolution down to 15 min.

(b) Small, low cost, portable devices with low power consumption,

Existing technologies are being miniaturised and new small devices are being
developed. Good examples are handheld condensation particle counters (CPCs)
(e.g. TSI 3007) measuring submicrometer particle number concentrations, hand-
held and portable devices for submicrometer particle surface area concentrations
(sometimes along with particle number concentrations) as summarised and compared
in Asbach et al. [31], and small personal black carbon (particle light absorption)
monitors (e.g. the microAeth™). The development of sensors based on micro-
electro-mechanical systems (MEMS) for PM mass concentrations, and electrochem-
ical and semiconductor systems for gases, which are small enough to be implemented
in smartphones also offers new and interesting possibilities (e.g. [32]).

An emerging trend towards combining different sensors and measurement
technologies for urban air quality monitoring along with device miniaturisation is
evident from new commercially available equipment such as ETL 200 by Casella
(Italy), simultaneously measuring NO, NO,, CO, O, benzene and noise, or the

! www.AirMonTech.eu
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airpointer™, simultaneously measuring four compounds using EU reference methods
(MLU, Austria).

These small, flexible devices open up two new monitoring paradigms: (1) personal
exposure and mobile monitoring and (2) measurements at a multitude of fixed sites
which can also be flexibly located in living areas where current monitoring
“containers” cannot be placed.

(c) Alternative parameters for particulate air pollution,

The link between exposure to air pollutants and adverse health effects is well
established, but the causal biological mechanisms are not clear and this is especially
the case for particulate matter health effects. Airborne particulate matter is
extremely variable in chemical composition, size and morphology; all parameters
of possible health relevance. This and the different health endpoints affected by
exposure to ambient PM make the situation very complex. It may well be that more
than one particle characteristic is needed to effectively describe the harmful
outcomes of exposure. Possible parameters under discussion are particle number
concentration, which is dominated by particles below 100 nm in size; the so-called
ultrafines [33], particle surface area concentration, which is dominated by particles
around 200-800 nm in diameter [34, 35], black carbon or black smoke [36], or the
reactivity of particles with respect to redox reactions, or their potential to form
radical oxidative species (ROS) [37]. These and some other alternative particulate
indicators are currently discussed [38] and investigated in several large European
and US studies such as ESCAPE and Transphorm?,

(d) New methods for data retrieval and analysis.

Next to the development of new measurement technologies, the most important
developments are in data retrieval and statistical data analysis. Air pollution data
are now regularly remotely retrieved, automatically stored in a database, checked
for consistency and made publicly available via the Internet, for example.

Resch et al. [39] summarise and discuss the whole chain from data retrieval,
processing, analysis and visualisation. The general design and structure of such a
chain is depicted in Fig. 2, starting with generalised sensors. These sensors can be
traditional fixed monitors, but can also be mobile sensors installed on cars, ships or
at short-term locations, for example on lampposts. These mobile or moveable
sensors can be equipped with a geo-positioning system (GPS) to be employed in
geo-information systems (GIS) (e.g. [40]). These applications have been made
possible by miniaturisation of the GPS as well as the transfer of data by mobile
phone systems.

Gross [41] very nicely described the development of such a GIS-based informa-
tion system:

In the next century, planet earth will don an electronic skin. It will use the Internet as a
scaffold to support and transmit its sensations. This skin is already being stitched together.

2 www.escape.ceu, www.transphorm.eu
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Fig. 2 Flow of data and analyses in modern GIS-based sensor networks (from [39])

It consists of millions of embedded electronic measuring devices: thermostats, pressure
gauges, pollution detectors, cameras, microphones, glucose sensors, EKGs, electroence-
phalographs. These will probe and monitor cities and endangered species, the atmosphere,
our ships, highways and fleets of trucks, our conversations, our bodies — even our dreams.
(citation from [41])

This envisages the collection of all different types of information, including air
quality. The next and very important step towards making such an effort worth-
while is the harmonisation of the collected data, for subsequent modelling, as well
as geospatial and logical data analysis. At this point visualisation and heteroge-
neous data interpretation along with the conditional triggering of actions become
possible. This latter analysis is dependent on a very good understanding of the
measurement devices, the data and the logical environmental processes, together
with an evaluation mechanism or standard for the integrated data.

In summary, significant advances have been made during the last decade and
recent and foreseeable developments in air quality monitoring technologies now
allow new air quality monitoring concepts to be created and explored.

S Possible Future Monitoring Strategies

Current monitoring strategies are mainly aimed at fulfilling legal obligations and
assessing limit value compliance. These strategies, however, are built around the
assessment of background concentrations as a surrogate for population exposure. Future
monitoring strategies may harness new technologies to bring the measurements as close
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Fig. 3 Visualisation of a future monitoring concept linking all available monitoring tools, fixed
site measurements, mobile and flexible measurements, modelling and satellite observations

to exposure assessments as possible. This cannot be pursued based solely on the use of
fixed monitoring sites.

A possible future concept is depicted in Fig. 3. This shows the four basic
possibilities for ambient air quality monitoring:

— High quality and high time-resolution measurements of air pollutants at fixed
locations,

— Mobile and flexibly installable monitoring devices with low power consumption

which might still need a protective container, delivering data of relatively high

quality, or alternatively could be low cost sensors used very flexibly, e.g. at
lampposts or on buses,
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— Modelling of the spatial and temporal variation of air pollutants in urban areas,
using improved emissions inventories and

— Satellite observations of air pollutants and meteorology to derive information on
parameters influencing urban air quality.

Each of the four possibilities has shortcomings with the most significant ones
being the

— Limitation of the spatial representativity for fixed monitoring sites,

— Significantly lower precision, comparability and time resolution for the small
mobile or flexibly installable devices,

— Relatively high uncertainty of models, which need verification and validation
inputs from monitoring data and

— Poor vertical resolution, in the case of satellite measurements, to be of relevance
for ground-level human and environmental exposure.

The advantages and limitations of the different monitoring possibilities illustrate
the significant challenges that need to be addressed to allow new air quality
monitoring tools to be combined to maximum advantage.

Taking the example in Fig. 3, we can envisage that the fixed monitoring sites
with high quality measurements act as reference sites for the collocation and on-
going comparison with small, flexible monitoring devices. This “online” reference
comparison would allow for dynamic correction and hence decreased measurement
uncertainty for the dispersed monitors in an urban area. The combined spatially and
temporally resolved data from the fixed and flexible monitors could then be used to
validate the model results, along with satellite observations, meteorological data
and emissions information, which generally need some improvement [42] (Fig. 4).

The functions of future urban air quality networks will not change dramatically
but new facilities will be enabled, new developments can be tested and monitoring
can be extended to routinely link air quality to its effects.

The current focus of air quality monitoring on limit value compliance and the
calculation of population exposure can be continued on the basis of the fixed
monitoring sites. As new technologies are installed and utilised, the use of modelled
data based on fewer fixed monitoring sites, networks of mobile, flexible monitors
and atmospheric models can be explored. Validated model results may be seen as
being more reliable to derive a long-term population exposure value than those
based on fixed monitoring sites. This approach allows linkages between the higher
data quality obtained by measurements with spatial information obtained from
model results to be developed.

The new network design will allow and facilitate new developments through

— New monitoring devices, either for the fixed or the mobile, flexible measurement
locations,

— Testing new data collection, analysis and visualisation tools,

— Improved exposure assessments for cohort as well as population-based health
effect studies,
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Assessment of
abatement strategies

Testing new air
quality parameters

Testing different exposure
related monitoring and
modelling concepts
Regularly linking air quality
data to health information
Current fixed air quality
monitoring sites

Fig. 4 Conceptual purposes and tasks of the future urban air quality networks

— Routine linkages between public health data and environmental stressors, spe-
cifically urban air quality, assess the effectiveness of abatement strategies,

— The assessment of new or alternative air quality parameters to test their use in the
context of urban air quality and health.

It is important that we enable and facilitate such developments in Europe to
continue the improvement of its air quality. The new directions will improve our
understanding of air quality in urban environments, allowing us to bring forward the
best and most cost-effective abatement measures for minimising the significant
impacts of urban air pollution.

Acknowledgement This chapter was in part sponsored by the EU Project AirMonTech (Project
Number) with TK, PQ, UQ, MV and KK being members.

References

1. US EPA (2009) Integrated science assessment for particulate matter (Final Report). http://
cfpub.epa.gov/ncea/ctm/recordisplay.cfm?deid=216546

2. Johnson DW, Cresser MS, Nilsson SI, Turner J, Ulrich B, Binkley D, Cole DW (1991)
Soil changes in forest ecosystems: evidence for and probable causes. Int J Biol Sci 97B:81-116

3. Kennedy IR (1992) Acid soil and acid rain, 2nd edn. Research Studies Press/Wiley, Taunton,
Somerset, UK, 254 pages, ISBN 0 471 93404 6

4. Hessen DO, Henriksen A, Hindar A, Mulder J, Torseth K, Vagstad N (1997) Human impacts
on the nitrogen cycle: a global problem judged from a local perspective. Ambio 26:321-325

5. Cowling JE, Roberts ME (1954) Paints, varnishes, enamels, and lacquers. In: Greathouse GA,
Wessel CJ (eds) Deterioration of materials: causes and preventive techniques. Reinhold
Publishing Corporation, New York, pp 596-645


http://cfpub.epa.gov/ncea/cfm/recordisplay.cfm?deid=216546
http://cfpub.epa.gov/ncea/cfm/recordisplay.cfm?deid=216546
http://cfpub.epa.gov/ncea/cfm/recordisplay.cfm?deid=216546

Air Pollution Monitoring Strategies and Technologies for Urban Areas 295

6.

10.
11.

12.

14.

15.
16.

17.
18.
19.
20.

21.

22.

23.

24.

25.

26.

27.

28.

IPCC (2007) In: Solomon S, Qin D, Qin D, Manning M, Chen Z, Marquis M, Averyt KB,
Tignor M, Miller HL (eds) Contribution of Working Group I to the Fourth Assessment Report
of the Intergovernmental Panel on Climate Change. Cambridge University Press, Cambridge,
p 996, http://www.ipcc.ch/publications_and_data/publications_ipcc_fourth_assessment_report_
wgl_report_the_physical_science_basis.htm

. Swap R, Garstang M, Greco S, Talbot R, Kallberg P (1992) Saharan dust in the Amazon Basin.

Tellus 44B:133-149

. EMEP. http://www.emep.int/
. Bell ML, Bell ML, Davis DL, Fletcher T (2004) A retrospective assessment of mortality from

the London smog episode of 1952: the role of influenza and pollution. Environ Health Perspect
112(1):6-8

Air-Quality (2011) http://www.air-quality.org.uk/02.php

Chen C-H, Liu W-L, Chen C-H (2006) Development of a multiple objective planning theory
and system for sustainable air quality monitoring network. Sci Total Environ 354:1-19

US EPA, http://www.epa.gov/air/criteria.html, 2011 and reference methods for CO: 76 FR
54294, Aug 31,2011, Lead: 73 FR 66964, Nov 12, 2008, NO,: 75 FR 6474, Feb 9, 2010, 61 FR
52852, Oct 8, 1996, O5: 73 FR 16436, Mar 27, 2008, PM: 71 FR 61144, Oct 17, 2006, SO,:
75 75 FR 35520, Jun 22, 2010

. CFR 40 (2011) Part 58, Ambient Air Quality Surveillance, Appendix D. http://ecfr.gpoaccess.

gov/cgi/t/text/text-idx?c=ectr&sid=0228ef3a08tb2915366f10fa0123deSa&rgn=divO&view=
text&node=40:5.0.1.1.6.7.1.3.37&idno=40

WAQL (Webpages Air Quality Legislation) (2011) Taiwan: http://law.epa.gov.tw/en/laws/
atmosph/, India: http://envfor.nic.in/legis/air.htm, China: http://www.chinafaqs.org/library/
chinas-new-regional-air-quality-regulation-translated, Clean Air Portal Asia: http://cleanair
initiative.org/portal/knowledgebase/policies

AQ Japan (2011) http://www.env.go.jp/en/air/aq/aq.html

JAPC, Japanese Air Pollution Control Law (2011) Latest amendment by law No. 32 of 1996,
tentative translation. Japanese Ministry of the Environment. http://www.env.go.jp/en/laws/air/
air/index.html

EC Directive 2008/50/EC, Official Journal of the European Union L 152/1 — L152/44, 2008
EC Directive 2004/107/EC, Official Journal of the European Union L 23/3 —23/16, 2005
Hickman AJ, McCrae IS, Cloke J, Davies GJ (2002) Measurement of roadside air pollution
dispersion. Project report PR SE/445/02 TRL Ltd, Crowthorne

Hitchins J, Morawska L, Wolff R, Gilbert D (2000) Concentrations of submicrometre particles
from vehicle emissions near a major road. Atmos Environ 34:51-59

CAFE (2004) Second position paper on particulate matter, CAFE working group on particulate
matter. http://ec.europa.eu/environment/archives/cafe/pdf/working_groups/2nd_position_
paper_pm.pdf. 20 Dec 2004

Volz A, Kley D (1988) Evaluation of the Montsouris series of ozone measurements made
in the 19th century. Nature 332:240-242

Spurny KR (1998) Methods of aerosol measurement before the1960s. Aerosol Sci Technol
29(4):329-349

Fontijn A, Sabadell AJ, Ronco RJ (1970) Homogeneous chemiluminescent measurement
of nitric oxide with ozone. Anal Chem 42(6):575-579

Hansen ADA, Rosen H, Novakov T (1982) Real-time measurement of the absorption coeffi-
cient of aerosol particles. Appl Opt 21:3060-3062

Orsini DA, Ma Y, Sullivan A, Sierau B, Baumann K, Weber RJ (2003) Refinements to the
Particle-Into-Liquid-Sampler (PILS) for ground and airborne measurements of water soluble,
aerosol composition. Atmos Environ 37:1243-1259

Allen J, Gould RK (1981) Mass-spectrometric analyzer for individual aerosol-particles.
Rev Sci Instrum 52(6):804-809

Sinha MP, Giffin CE, Norris DD, Estes TJ, Vilker VL, Friedlander SK (1982) Particle analysis
by mass spectrometry. J Colloid Interface Sci 87:140-153


http://www.emep.int/
http://www.air-quality.org.uk/02.php
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://ecfr.gpoaccess.gov/cgi/t/text/text-idx?c=ecfr&sid=0228ef3a08fb2915366f10fa0123de5a&rgn=div9&view=text&node=40:5.0.1.1.6.7.1.3.37&idno=40
http://law.epa.gov.tw/en/laws/atmosph/
http://law.epa.gov.tw/en/laws/atmosph/
http://envfor.nic.in/legis/air.htm
http://www.chinafaqs.org/library/chinas-new-regional-air-quality-regulation-translated
http://www.chinafaqs.org/library/chinas-new-regional-air-quality-regulation-translated
http://cleanairinitiative.org/portal/knowledgebase/policies
http://cleanairinitiative.org/portal/knowledgebase/policies
http://www.env.go.jp/en/air/aq/aq.html
http://www.env.go.jp/en/laws/air/air/index.html
http://www.env.go.jp/en/laws/air/air/index.html
http://ec.europa.eu/environment/archives/cafe/pdf/working_groups/2nd_position_paper_pm.pdf
http://ec.europa.eu/environment/archives/cafe/pdf/working_groups/2nd_position_paper_pm.pdf

296

29.

30.

31.

32.

33.

34.

35.

36.

37.

38.

39.

40.

41.

42.

T.A.J. Kuhlbusch et al.

Park K, Cho G, Kwak J-h (2009) Development of an aerosol focusing-laser induced break-
down spectroscopy (aerosol focusing-LIBS) for determination of fine and ultrafine metal
aerosols. Aerosol Sci Technol 43:375-386

Ng NL, Herndon SC, Trimborn A et al (2011) An Aerosol Chemical Speciation Monitor
(ACSM) for routine monitoring of the composition and mass concentrations of ambient
aerosol. Aerosol Sci Technol 45:780-794

Asbach C, Kaminski H, von Barany D, Kuhlbusch TAJ, Monz C, Dziurowitz N, Pelzer J,
Vossen K, Berlin K, Diertrich S, Gotz U, Kiesling H-J, Schierl R, Dahmann D (2012)
Comparability of portable nanoparticle exposure monitors. Ann Occup Hyg 56(5):606—621
Paprotny I, Doering F, White RM (2010) MEMS particulate matter (PM) monitor for cellular
deployment, Proc. IEEE Sensors 2010, pp 2435-2440

Hoek G, Boogard H, Knol A, de Hartog J et al (2010) Concentration response functions for
ultrafine particles and all-cause mortality and hospital admissions: results of a European expert
panel elicitation. Environ Sci Technol 44:476-482

Oberdorster G (2001) Pulmonary effects of inhaled ultrafine particles. Int Arch Occup Environ
Health 74:1-8

Stoeger T, Reinhard C, Takenaka S, Schroeppel A, Karg E, Ritter B, Heyder J, Schulz H
(2006) Instillation of six different ultrafine carbon particles indicates a surface area threshold
dose for acute lung inflammation in mice. Environ Health Perspect 114:328-333

Beelen R, Hoek G, van den Brandt PA, Goldbohm RA et al (2008) Long-term effects of traffic-
related air pollution on mortality in a Dutch cohort (NLCS-AIR Study). Environ Health
Perspect 116(2):196-202

Mudway IS, Stenfors N, Duggan ST, Roxborough H, Zielinski H, Marklund SL, Blomberg A,
Frew AJ, Sandstrom T, Kelly FJ (2004) An in vitro and in vivo investigation of the effects of
diesel exhaust on human airway lining fluid antioxidants. Arch Biochem Biophys 423
(1):200-212

Gu et al (2012) Selection of key ambient particulate variables for epidemiological studies —
applying cluster and heatmap analyses as tools for data reduction. Sci Total Environ
435-436:541-550

Resch B, Britter R, Outram C, Xiaoji R, Ratti C (2011) Standardised geo-sensor webs for
integrated urban air quality monitoring. In: Ekundayo EO (ed) Environmental monitoring,
InTech, ISBN 978-953-307-724-6, pp 513-528

Matejicek L (2005) Spatial modeling of air pollution in urban areas with GIS: a case study on
integrated database development. Adv Geosci 4:63-68

Gross N (1999) The earth will don an electronic skin. http://www.businessweek.com,
BusinessWeek Online, 30 August 1999. (6 Jan 2012)

Winiwarter W, Kuhlbusch TAJ, Viana M, Hitzenberger R (2009) Quality considerations of
European PM emission inventories. Atmos Environ 43(25):3819-3828


http://www.businessweek.com

Number Size Distributions of Submicron
Particles in Europe

Ari Asmi

Abstract The aerosol particle number size distribution is a key component in
aerosol indirect climate effects, and is also a key factor on potential nanoparticle
health effects. This chapter will give background on particle number size
distributions, their monitoring and on potential climate and health effects of
submicron aerosol particles. The main interest is on the current variability and
concentration levels in European background air.

The submicron particle number size distribution controls many of the main
climate effects of submicron aerosol populations. The data from harmonized particle
number size distribution measurements from European field monitoring stations are
presented and discussed. The results give a comprehensive overview of the European
near surface aerosol particle number concentrations and number size distributions
between 30 and 500 nm of dry particle diameter. Spatial and temporal distributions of
aerosols in the particle sizes most important for climate applications are presented.
Annual, weekly, and diurnal cycles of the aerosol number concentrations are shown
and discussed. Emphasis is placed on the usability of results within the aerosol
modeling community and several key points of model-measurement comparison of
submicron aerosol particles are discussed along with typical concentration levels
around European background.
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1 Introduction

Air quality effects of aerosols have traditionally been studied in accumulation and
coarse mode, concentrating largely in the supermicron particle range, usually by
using particle mass as the main property of interest (e.g., PM). However, submi-
cron particles have also many important effects to both air quality and the climate
system.

The health effects of atmospheric aerosol particles are usually characterized by
aerosol particle mass concentration in either PM;q or PM, 5 [1]. Nanoparticles
(commonly defined as particles with D, < 100 nm) have been widely acknowl-
edged to have potential for adverse health effects, although the knowledge which
particle property is most important for health effects has not yet been generally
agreed on [2]. However, the particle deposition to alveolar region of lungs seems to
be especially efficient for particles in the size range between 10 and 50 nm [3]. The
research on nanoparticle health effects has been recently increased due to the
current wide interest in the industrial nanoparticle processes, with obvious occupa-
tional health risks. The health effects of these nanoparticles are potentially impor-
tant also for the public, as concentrations of sub-50 nm particles are known to be
high in many areas. For such particles, a major source of urban air concentrations is
traffic, usually diesel soot [4]. As an indication of the potential dangers associated
with such ultra-fine particles, recent controls for automotive emissions in the
European Union include a number emission limit for particles larger than 23 nm
in diameter [5].

The climate effects of atmospheric aerosol particles are a matter of continuous
interest in the research community. The aerosol-climate effects are divided into two
groups: The direct effect represents the ability of the particle population to absorb
and scatter short-wave radiation — directly affecting the radiation balance. These
direct effects depend primarily on the aerosol optical properties and particle number
size distribution, as the particle size significantly affects the scattering efficiency of
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shortwave radiation [6]. The indirect effects affect the climate system through the
clouds and mostly with the cloud albedo effect and the cloud lifetime effect. The
cloud albedo effect (Twomey effect) is the resulting change in cloud radiative
properties due to changes in cloud droplet number concentration (CDNC) [7];
the lifetime effect (Albrecht effect) is connected to the changes in cloud properties
and in drizzle and precipitation [8]. The aerosol indirect effects are controlled by
the ability of particles to activate to cloud droplets (i.e., to be cloud condensational
nuclei, CCN) within a cloud [9]. This ability is a strong function of particle size,
water supersaturation, and particle hygroscopicity (i.e., chemical composition). An
extensive overview of the processes affecting the ability of particles to act as CCN
is provided in literature [10], with the conclusion that the particle size is the
dominant aerosol property on cloud droplet activation, making particle number
size distribution the key factor in aerosol-climate interactions.

1.1 Properties of Aerosol Number Concentrations
and Size Distributions

In the submicron range, the aerosol population typically consists of several
subpopulations, so-called modes, which are indicative of different loss and forma-
tion processes in the atmosphere. The smallest aerosol particles are formed from
gas phase vapors via nucleation, forming the nucleation mode. In slightly larger
sizes, the Aitken mode particles are produced via growth from nucleation mode and
a wide variety of combustion and natural sources. The largest submicron particles
are in the accumulation mode, with a major source being growth from Aitken mode,
e.g. via cloud processing and condensation. Only the smallest tail of the coarse
mode can be seen in the submicron range, and the overall effect of coarse particles
in the submicron particle range number concentrations is generally very small.
Often as a rough estimate the particles with diameters between 30 and 100 nm are
considered to belong to Aitken mode and particles between 100 nm and 1 um to the
accumulation mode. The particle modes can move in the size axis, and they are not
always visible in the measured size spectra, especially nucleation mode is often
absent during nighttime.

As particle number size distributions can be complex, and the instruments used
generate large amount of size distribution data, which can be hard to effectively
describe, a common method is to calculate integrated particle number
concentrations for specific aerosol particle diameter ranges, depending on which
part of the particle number size spectrum is needed for the application. In this
chapter, three different ranges are used (Fig. 1a):

* Number concentration of particles between 30 and 50 nm of dry diameter
(N30_50), given in particles per cubic centimeter (cm ™). These particles repre-
sent smaller end of the Aitken mode particles and are representative of recently
emitted or formed nanoparticles, which have high probability to end up in
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Fig. 1 (a) Typical clean Northern European median number size distribution (measured at
SMEAR 1I station in Hyytidld, Finland). The approximate modal locations and size ranges of
different integral properties of the aerosol number size distribution used are shown; (b) variance of
number concentration as a function of particle diameter; (c¢) variance of (computed) volume
concentration in the same station (adapted from Asmi (2012), [11])

alveolar regions of lungs. The smaller diameter limit of 30 nm comes mostly
from trying to keep the instrumental datasets comparable. These particles have
generally relatively low lifetime (in the order of one or two days) and thus are
more representative of the local emissions.

Particle number concentration between 50 and 500 nm of diameter (N5g), which
represents particles from larger diameter end (i.e., more aged) Aitken mode,
together with the entire accumulation mode. The 500 nm upper limit is due to
instrumental limitations. These particles are representative of CCNs for high
updraft velocity clouds, as typical aged particles (k = 0.18) with 50 nm diame-
ter are activated with water supersaturation of 0.8%. The upper limit of 500 nm
is chosen to have comparable values for different instruments. As the particle
number size distribution over 500 nm of diameter is usually insignificant in
terms of number concentration in comparison with sub-500 nm size ranges
(Fig. 1a), making the N5y a good representative parameter of the total potential
CCN concentration.
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e Similar to N5y, we also show the number concentrations between 100 and
500 nm in diameter (Nqg), representing CCNs for lower updraft velocity clouds,
and a rough estimate of the number concentration in accumulation mode as the
Hoppel minimum between the Aitken and the accumulation modes is often
around 100 nm of diameter.

These concentrations in different size ranges give then an approximation of
aerosol concentration levels for both air quality (N3o_so and lesser extent N5q) and
for climate applications (Nsy and Nyqg). The properties are in a sense similar to the
mass-based PM;y and PM, 5 measurements, providing easy way to compare indi-
vidual concentrations.

1.2 Key Differences Between Number and Mass Measures
of Aerosols

The particle number and mass concentrations can sometimes correlate in some
timescales, although such behavior should not be automatically assumed. Studies
have shown that seasonal correlations between particle number concentrations and
mass concentrations in several sites over Europe are high [12]. Thus, there is some
indication that if the site is relatively polluted (i.e., PM concentrations are high), the
accumulation mode particles are generally high as well. However, in smaller
timescales, such as days and hours, these correlations can disappear [11]. The
main reasons behind the lack of correlation are the complex dynamics of the
particle number size distributions, as larger particles in micrometer range can
effectively hinder many particle formation and growth processes, which are crucial
to the particle number concentrations. Mass and number are thus different aspects
of the aerosol population and should not be considered necessarily similar in
behavior.

Number concentrations are dominated by submicron particles, whereas the mass
concentrations are strongly influenced by particle concentrations in 0.1-10 pm
diameter range [13]. Similarly, the variability of the number-based measurements
is strongly dominated by variability in smaller diameter ranges, whereas the
variability of mass-based properties, such as PM;,, are dominated by variability
in the accumulation mode (usually around 500 nm of mass mean diameter) and in
the coarse mode. This means the variabilities of these properties are not necessarily
similar in shorter timescales, due to sensitivity of variance from very different air
masses and thus aerosol types. This is demonstrated in Fig. 1b, where the variance
of the each size class of particle number concentrations between 3 and 1,000 nm is
shown for SMEAR II station in Hyytidld, Finland. The variance has similarities to
the particle number size distribution (Fig. 1a), but there are also significant
differences, especially on smaller particles sizes. Even though in the median
particle number size distribution the nucleation mode is visible only weakly, it
is a major contributor to submicron particle number concentration variability.
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Figure lc shows the variability of the submicron aerosol volume distribution
(calculated from number size distribution using assumption of spherical particles)
as the function of size. As the particle volume concentration is closely connected
with particle mass concentration, two key findings come apparent: (1) as the aerosol
volume variability is dominated by larger accumulation particles in the diameter
range from 300 to 700 nm, the variabilities of most mass-based aerosol meas-
urements (especially PMy, as it is not dependent on supermicron coarse mode, but
in lesser extent also PM, 5 and PM ) are very sensitive to changes in these particles
sizes, and in comparison (2) the variability of particle number concentration is
rapidly diminishing above 100 nm in diameter, show that the variability of that
aerosol number concentrations are not strongly influenced by changes in accumu-
lation mode particle number, and that the used integral particle number concen-
trations (N3g_s0, Nso and Njoo) are mostly sensitive to changes in the smallest
particle sizes in each diameter range.

In short, the mass-based measurements are often more sensitive to aerosol
concentration changes near the maximum diameter of the size range measured,
whereas the number-based measurements are more sensitive on aerosol concentra-
tion near the minimum diameter measured.

2 Measurement and Monitoring in Europe

2.1 Measuring the Aerosol Particle Number Size Distributions

Two types of particle mobility particle size spectrometers for measuring
submicrometer particle number size distributions are generally used: the differen-
tial mobility particle sizer (or DMPS), and the scanning mobility particle sizer
(SMPS) [14]. Both are very similar instruments in their operation: they aspirate
dried air, use ionizing radiation to establish an equilibrium bipolar charge-
distribution in the sampled aerosol, use a cylindrical differential mobility analyzer
to select particles based on their electrical mobility, and use a condensation particle
counter to measure the resulting concentrations in each of the selected electrical
mobility. The main difference between these instruments is the mode of operation,
as the DMPS keeps the differential mobility analyzer voltage constant during
measurement of a single size interval and the SMPS scans with continuously
differing voltages. The size range and time resolution of a DMPS or an SMPS
system depends on the system architecture (e.g., the physical dimensions of the
instrument and the flow rates used) and on user choice (more size channels vs. time
resolution). One key factor is that the measured particle properties are measured for
dry conditions. The sample air is dried to relative humidity RH < 40% before size
selection, meaning that most of the water is evaporated from the particles, and thus
they are most likely smaller than in ambient conditions.
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Notably, the instruments used in the European Supersites for Atmospheric
Aerosol Research (EUSAAR)/Aerosols, Clouds, and Trace gases Research Infra-
Structure Network (ACTRIS) and German Ultrafine Aerosol Network (GUAN)
measurements used in this chapter are from intercalibrated measurements, where
the abilities of the instruments were determined in common intercalibration
workshops [15]. Overall, the instruments agree well on particle sizes between
20 and 200 nm, with the differences above 200 nm still relatively minor for number
concentrations. In smallest particles sizes the instrument deviation is large, and
for this reason we only consider particles larger than 30 nm in diameter in this
chapter.

2.2 Networks of Measurements in Europe

Several European intensive short-term (“campaign-type”) projects have provided
important information on the atmospheric aerosol properties in Europe, usually by
concentrating on specific aerosol properties or interactions. However, these kinds of
campaign-type measurements do not necessarily represent the seasonal or annual
variations of the aerosol concentrations and can overestimate some properties of the
aerosol populations. Long-term measurements, especially with intercalibrated instru-
ments and common data handling and calibration protocols make the data compari-
son between stations much more reliable and provide the end users (e.g., atmospheric
modelers) good datasets to compare with.

The EUSAAR project of the Sixth Framework Programme of the European
Commission is one of the steps towards a reliable and quality-controlled network of
measurements [16]. The EUSAAR project improved and homogenized 20 European
sites for measuring aerosol chemical, physical, and optical properties following a
standardized protocol of instrument maintenance, measurement procedures, and data
delivery in common format to a common database. EUSAAR also provided inter-
comparison and calibration workshops as well as training for the station operators.
The work started in the EUSAAR is continued in ACTRIS infrastructure of the
Seventh Framework Programme of the European Commission.

GUAN is a network of multiple German institutes with an interest in submicron
aerosol properties, which was established in 2008 [17]. The methodologies of
particle number size distribution measurements and data handling procedures in
both GUAN and EUSAAR networks are very similar, and the size distribution
measurement results are comparable between the two networks. The EUSAAR
measurements were available (with some station-to-station variability) for the year
2008-2009 and the GUAN measurements were mostly from 2009. The locations of
the stations are shown in Fig. 2.

A key feature of the EUSAAR and GUAN stations is that they are regional
background stations. This means in this context that the stations are expected to
represent the (possibly polluted) background air and long-range transport, not the
direct influence of any obvious local sources. This means that the levels of aerosol
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Fig. 2 Stations used in measurements of aerosol number size distributions. Black symbols are
EUSAAR stations, white GUAN (MPZ was in both networks). Triangles denote high-altitude
mountain stations (over 1,000 m from mean sea level). Figure adapted from figure published in
[18], which also has more details on the locations and types of the stations

concentrations measured at these stations should represent the overall regional
background concentrations and should be thus representable of a large footprint
area around them [19].

3 Levels and Variability of Aerosol Number Concentrations

3.1 General Properties of Number Size Distributions

The particle number size distributions can be, as previously noted, often considered
to be a combination of several aerosol subpopulations or modes. These modes are
often log-normally distributed in the diameter space. Interestingly, the concentra-
tion histograms (i.e., frequency of detecting specific concentration) are typically
also log-normal. Thus, using linear measures of concentration or size, such as
arithmetic mean, can be strongly influenced by outlier values. This is the reason
why either order-based metrics (such as percentiles and medians) or geometric
properties (e.g., geometric mean or geometric standard deviation) of distributions
are better mean properties to study if one is interested in typical concentration levels
or mean particle diameters. The logarithmic occurrence spectrum is not only a
feature of particle number concentrations. There are many reasons to expect similar
behavior from the particle mass-based metrics [12], even though arithmetic means
are the traditional method of averaging in the air quality contexts.
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The log-normality of both size distributions (concentration vs. diameter) and in
concentration histograms (occurrence vs. concentration) is a product of almost
stochastic processes affecting the growth of aerosol populations. Distribution,
which has a stochastic growth behavior dependent on the free variable, has
tendency to approach log-normal shape [20]. In the case of particle number size
distribution, the main growth process is condensation. In the case of particle
number concentration, the increasing (or growth) process is both condensational
growth from smaller size ranges and emission events. These essentially random
growth incidents tend to derive the modes towards log-normal shape both in size
and in concentration space. In both cases, the shape of the size distribution is further
affected by additional processes, such as coagulation and emissions, which affect
the widths and shapes of the distributions, bending and changing the distribution
shapes away from log-normality.

Also, the particle number concentration histograms can have multiple “concen-
tration modes.” These can be interpreted as different air masses or emission periods
affecting the number and mass concentrations measured at the stations. Such
behavior is often seen in locations with time-dependent influence of either very
clean air (resulting in a log-normal mode of smaller concentrations) or very
polluted air (resulting in a log-normal mode of higher concentrations). Similar
multi-modal histograms can also be detected in some cases at stations with high
seasonality, where each mode corresponds to a seasonal concentration distribution.

3.2 Spatial Differences and Similarities of Aerosol Number
Size Distributions

Combining the physical aerosol measurements from a high number of European
background stations shows that there are clear similarities between particle number
size distributions and concentration levels measured at different locations over wide
geographical regions. These similarities are connected to similar emissions, particle
loss processes, and meteorological patterns. The main aim of this section is just to
provide key factors of each station categorization, more details and complete
analysis of individual stations are available in [18] and references therein.

3.2.1 Central European Background (See Fig. 3)

The particle number size distributions and concentration levels measured at the
Central European stations were remarkably similar. The median particle number
size distributions did not change significantly from season to season, and
the differences between the stations were not very large (Nso from 2,500 to
3,100 cm ). The variability of nucleation and small Aitken particles was elevated
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Fig. 3 Key features of submicron aerosol measured at Central European and North Italian
EUSAAR and GUAN stations. (a) location of the stations, (b) key features of size distributions,
(c) key factors of Nyq, concentration histograms, and (d) in N3(_so concentration histograms

on summer and autumn months in some stations, leading to short periods of higher
concentrations in number concentrations of particle sizes smaller than 100 nm in
diameter.

In the histogram (occurrence) plots, the N3o_so concentrations showed in some
stations weak seasonality, with wintertime concentrations more likely to have
decreased concentrations compared to summertime values. However, in the Nsq
and Njg concentrations, no seasonality was detected. The histograms are also
unimodal and relatively narrow, which suggests very homogenous environment for
all of the integrated number concentrations studied. There is also very little evidence
of a strong diurnal cycle in the aerosol sizes studied. The station annual median
concentrations of N3 so varied between 410 and 1,120 cm >, N5 between 1,330 and
3,387 cm > with most stations over 2,300 cm_3, and Njgy between 739 and
1,863 cm . The lack of seasonality may have two major reasons. First of all, the
relative contribution of the natural aerosol particle sources is smaller than on more
remote stations, and secondly, the overall meteorological situation in Central Europe
has less strong influence on aerosol concentrations than, e.g., Northern Italy.

Overall, the results suggest that the particle number size distributions in Central
Europe are very similar over very large region, and even though the mean
concentrations somewhat vary from station to station, the background air in Europe
is homogenous from the aerosol point of view.
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3.2.2 Polluted Northern Italian Background (See Fig. 3)

An extreme case of polluted background station was the Joint Research Centre
station near Ispra in Northern Italy. Although the Nj3y_so concentrations were
similar to Central European stations, the concentration levels in the larger submi-
cron particle sizes were significantly higher, with median N5, concentration of
4,448 cm 2. The seasonality of N5y and Ny particles was also very high, with
wintertime median N, concentrations approaching 10,000 cm . The station was
characterized by a strong anthropogenic influence and wintertime inversions, which
trapped the pollution near the surface. These effects lead to extreme episodes with
high concentrations in accumulation mode.

3.2.3 North European Background (See Fig. 4)

Northern Europe is characterized by strong seasonal variation in particle number
size distributions and much lower overall concentrations than Central Europe. The
high seasonality is from a far larger fraction of non-anthropogenic sources
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influencing the size distributions. Although the similarities between the stations are
not as obvious as in Central Europe, the datasets have uniformity in regard to
seasonal and size distribution behavior. The winter number concentrations are
usually lowest, especially for smaller (diameter less than 100 nm) particle sizes.
The seasonality also affects the observed differences of day- and night-time values
due to differing length of day in the northern latitudes. All of the stations showed
bimodal median particle number size distributions, with clear Aitken and accumu-
lation modes. The concentration distributions on some stations show multiple
modes, suggesting a combination of more polluted air masses and cleaner air
from the Arctic or Atlantic oceans.

The CCN-sized particle number concentration histograms of the Nordic stations
are similar for both N5q and Ny¢o. The stations in general had greater concentrations
in summertime, although the concentrations were also elevated during spring in
some stations. Northernmost Pallas station concentrations have a very wide histo-
gram, especially in wintertime, suggesting a wide range of sources affecting the
concentrations observed at the station. The seasonal variations in CCN-sized
particles are large at almost all Nordic stations.

3.2.4 Britain and Ireland Background (See Fig. 5)

The two EUSAAR/ACTRIS stations in the Britain and Irish stations show not only a
significant inter-station variability, but also many similarities. The stations have high
seasonal variation and large variance in intra-seasonal concentrations. The station
data show a prominent spring—summer maximum in all sizes from 30 to 70 nm. The
variability was probably due to occurrences of both clean Atlantic and polluted local
air masses, and the maximum value at Mace Head during summer months can be
attributed to enchanted marine biota activity, which increases the sub-micron particle
mass concentration of non-seasalt sulfate and organic aerosol [21].
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The histograms show a clear influence of multiple aerosol sources (clean and
polluted) and with a high seasonal cycle for smaller particle sizes. Both stations have
a very widely spread histogram in all seasons suggesting high variability in
concentrations and multiple types of air masses. Most of the Mace Head Njqg
histogram is located at low concentrations with approximately 200 particles cm >,
but with a second mode at about order on magnitude greater concentrations. This is
well in line with previous studies from the both stations showing the importance of
the difference between air masses arriving over the relatively clean Atlantic Ocean
contrasted by polluted air masses arriving from Britain and mainland Europe [22, 23].
Neither of the stations have strong seasonal signals in CCN-sized concentrations.

3.2.5 Mountain Stations (See Fig. 6)

At high-altitude sites (defined as measurement height approximately 1,000 m above
mean sea level, note that the categorization is slightly changed from [18] to include
some of the intermediate-height stations), particle number size distributions are
similar, even though the stations are located in different parts of the continent. The
particle number concentrations were low compared to nearby lowland sites, as most
of the aerosol sources are on surface. The particle number size distributions generally
show bimodal behavior, although the modes are overlapping at some of the stations.
The seasonal cycle is similar at all sites, with greater concentrations during summer,
especially for particles over 70 nm in diameter. The variability is considerable
especially in summertime, suggesting a range of different types of air masses —
most likely boundary layer air during daytime and clear tropospheric air during
nighttime. Overall, the concentrations are smaller the higher the station is located.

All of the N3_s0 histograms at mountain sites have similarities, with almost log-
normal shapes, with clear concentration tails towards greater concentrations and
similar seasonal cycles. The winter conditions, probably more representative of the
free troposphere, were characterized by lower concentrations. The summertime
histograms show greatest concentrations, probably due to the planetary boundary
layer and/or valley winds influence. The greatest concentrations were generally
observed during daytime. The median concentrations of N3y_so varied between
79 cm > for Jungfraujoch station in Switzerland (JFJ, altitude 3,580 m) and
418 cm ™ for Schauisland (SSL, altitude 1,210 m).

For the N5, and N particles, in most mountain sites the greatest concentrations
were observed during daytime summer and autumn. This daytime effect could be
connected with air masses arriving from lower altitudes bringing more polluted air
from below [24]. The concentrations are all strongly skewed towards lower
concentrations. The lowest concentration tails of the distributions are probably
indicative of concentrations of the free tropospheric air. The concentrations of the
stations with highest altitude had a more pronounced clean mode with N100

concentrations below 100 cm >,
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Fig. 6 Features of mountain stations. (a) Location of the stations with their height from the mean
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3.2.6 Specifics of Arctic Size Distributions (See Fig. 7)

One of the stations, Zeppelin (ZEP), is located far north of the European mainland,
on the Svalbard archipelago, 78°N. This far northern position creates many envi-
ronmental drivers for the aerosol size distribution, almost never seen at the more
southern stations. As the station is located north of the northern polar circle, the
station is good part of the year in complete daylight (midnight sun), and in complete
darkness (polar night). Although the data quality was not always optimal, some
indication of the aerosol number size distributions can be made.
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In addition to changes in light, the changes in sea-ice and general Arctic
circulation make the number size distributions observed at the station very different
from southern locations. During winter and autumn, the particle number
concentrations were very low with their maxima at around 200 nm. The springtime
distributions are dominated by Arctic haze, strongly increasing the concentrations
in accumulation mode. In summertime, the distribution changes to very clean
marine bimodal distribution, with a strong Aitken mode around 30 nm. This
seasonal change is connected to different meteorological situations, daylight as
well as changes in ocean ice cover. Concentrations at ZEP were very low compared
to European mainland concentrations. The key feature of the Arctic aerosol is the
extreme seasonality. During summertime, the particle number size distributions are
dominated by a strong Aitken mode, whereas in the winter—spring seasons, a strong
accumulation mode is completely dominating the size distributions.

The summertime Nsq_so concentrations of around 100 cm™> are high, compared
to concentrations of around 10 cm > in other seasons. At CCN-concentrations, a
completely different behavior can be seen, as the, e.g., Noo concentration is during
springtime close to 800 cm >, in comparison with summertime median of
200 cm . The day/night cycle at the ZEP station is very strongly connected to
the seasonal cycle.

3.2.7 Eastern Mediterranean Background (See Fig. 8)

At the Mediterranean station Finokalia (FKL) located in the Greek island of Crete,
the particle number size distributions were bimodal for winter with an Aitken mode
around 50 nm particle diameter and accumulation mode at 150 nm. The spring
and summer were dominated by strong accumulation mode at around 100 nm.
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The station had greatest N3o_so concentrations during spring and winter with no
apparent day/night difference. The concentration levels were relatively low, with a
median concentration of 220 cm .

The particle histograms show peaks in Nsg and Njoo concentrations during
spring of over 1,000 particles cm . Another smaller mode of low concentrations

was also visible around 500 particles cm? in both Nso and Ngp.

3.3 Correlations Between Aitken and Accumulation Mode

Figure 9 (adapted from [18]) shows some of the typical correlations between
particle number concentrations between 30 and 100 nm (here referred to as “Aitken
mode,” although a more rigorous derivation would require actual modal fitting) and
concentrations between 100 and 500 nm (“accumulation mode”). The idea of this
kind of plot is to show the possible correlation between the two aerosol modes, to
indentify some of the main particle number size distribution types, and whether the
particle number concentrations in both modes increase in the same rate.

In general, the Aitken and accumulation mode number concentrations are
correlating (on logarithmic scales), but on different environments, the correlation
is not always along the 1:1 line. Aerosol at the Nordic, Mediterranean and polluted
continental (Central European) conditions has roughly distributions along the
diagonal, which shows that in most cases the Aitken and accumulation modes are
behaving in the same way. This suggests that the shape of the particle number size
distribution is relatively nonsensitive to the overall concentration levels. In contrast,
the free tropospheric part of the mountain distributions is almost round in shape, a
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sign that the two modes are relatively non-correlated in these air masses. In the case
of Atlantic and polluted Italian background, the two modes are correlated, but not in
diagonal direction. Atlantic air masses seem to increase in concentration mostly in
Aitken mode, suggesting that most of the variability is in sub-100 nm range. The
polluted background environments instead have a strong increase in accumulation
mode, with relatively low variability in Aitken mode. Only Arctic haze environ-
ment has very strong dominance of the accumulation mode, although considerable
parts of most other environments sometimes show such behavior.

Overall, in most environments the two modes are correlated, but different
environments have very varying concentration levels of the two modes (see
Table 1), and their relationship varies strongly from environment to environment
and has relatively large scatter.
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Table 1 Representational (geometric) mean aerosol number concentrations in European back-
ground environments (data from [18])

Particle number
concentration between

Typical particle number
concentration between 30

Environment and 100 nm (cm ™) 100 and 500 nm (cm ) Spatial variability
Central European 1,500 (400-8,000) 1,000 (400-6,000) Low
polluted
background
Northern European 800 (80-5,000) 400 (50-2,000) High
background
Atlantic air masses 200 (30-700) 100 (30-300) High
on Britain and
Ireland
Eastern 800 (200-2,000) 700 (100-3,000) Unknown
Mediterranean (1 station)
sea
Mountains 100 (20-700) 100 (20-400) Smaller
(probably free concentrations
tropospheric) on higher sites
Arctic Haze period 40 (8-100) 80 (10-500) Unknown
(1 station)
Polluted inversion 5,000 (2,000-10,000) 3,000 (800-10,000) Unknown

(Northern Italy)

(1 station)

The values in parentheses give the approximate typical variability range, including the spatial and
temporal variability

3.4 Short Scale Temporal Variability

Sub-seasonal differences in particle number size distributions can come from many
sources. In very short timescales, the spatial variability of local sources, atmo-
spheric turbulence, cloud processing, precipitation, and other short-time
variabilities can create significant differences in particle number size distribution.
Diurnal cycles can also be important for the particle number size distributions, as
the differences in emissions or mixing layer heights can lead to changes in particle
mass and number concentrations in the surface layer. In Central European stations,
the differences between day and night concentrations were not large, but some
indication of the highest concentrations occurring more likely in the nighttime
could be detected, especially for Nyqo. This behavior was much stronger in polluted
Northern Italian station, further suggesting the meteorological background of the
high concentrations in larger particle sizes. For the Northern European (excluding
Northern Lapland Pallas) mountain and Britain and Ireland sites, no such strong
diurnal effect could be found. The strongest day/night differences were observed in
Pallas station (PAL in Fig. 2) in Northern Finland, and (with some reservations in
data quality) in Arctic Zeppelin (ZEP) stations, although in these stations, the
observed differences do not come from actual diurnal cycles, but from the fact
that the stations are located north of the Polar Circle, meaning the strong difference
between daytime and nighttime concentrations is actually an artifact of the seasonal
variation.
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Of particular interest are the differences between days of the week. The so-called
“weekend effect” cycle in aerosol-weather interactions is based on observations of
day of the week-related variations of meteorological data [25]. These effects have
been connected to similar variations in particle mass concentrations and optical
thickness detected at measurements sites in urban and suburban and remote
locations [26]. The key point of the “weekend effect” is that the weekday-related
changes in anthropogenic emissions of aerosol particles could change the regional
meteorology in such an extent that the precipitation and air temperature could be
significantly affected. This could then have implications on, e.g., weather predic-
tion. The main mechanism behind this proposed weekend effect could be (semi)-
direct or indirect aerosol effects. As this could be a direct anthropogenic influence
to the short-term weather systems, such existence of such phenomena would
influence many atmospheric fields.

As discussed earlier, the indirect effects of aerosols are controlled by the number
of CCN, not by aerosol particle mass or optical properties used in many weekend-
effect publications. The datasets of CCN-sized aerosol number concentrations
in EUSAAR/ACTRIS and GUAN stations do not support indirect effects as a
major contributor to the (possible) weekend effect. Figure 10 shows distributions
(25-50-75th percentiles) of each weekday in a long time series of two stations. The
statistical tests and wavelet frequency analysis could not detect any consistent
statistically (p < 0.05) significant differences in CCN-sized number concentrations
in annual or seasonal datasets from the stations. This means that the concentrations
are not generally different in different weekdays, making a strong continent-wide
weekend effect unlikely to occur from aerosol indirect effects. The main reason for
the differences between number and mass-based weekday variation is probably a
combination of different sources and the fact that mass-based measurements mea-
sure particles with much lower lifetime [11]. As lower lifetime particles can be
removed efficiently from the atmosphere during the lower emission period, the
weekday signal for such aerosol properties is larger than for most CCN-sized
particles.

Even though there is no significant change in the CCN number concentrations
between days of the week, this is not yet the complete picture of potential aerosol-
cloud weekend effects. There are many other potential aerosol processes, such as
semi-direct effect, which could have significant effect on the local meteorology.
Also, the CCN number concentrations have a weak weekday variation within the
cities, which could then lead to meteorological weekend effect directly above the
urban environment. However, as the urban or semi-urban areas cover spatially quite
small area of the Europe (around 5%) [27], the weekend effect is then of much more
a local effect, if it exists at all.

The difference between mass and number-based metrics in weekly variation is a
good example on the short-time scale differences between the properties. One
should be careful on generalizing correlations from long timescales to small
timescales, especially near the lifetime of the particles in question.



316 A. Asmi

a b e
MELPITZ HYYTIALA
00 p=0.63 N=2135 |\|50 2000 | p=0.69 N=4942 N50
3000 1 1500
2000 | [ o A
5 = 500 L— —
SESEE 0o SEZEL G
c d
2000 | p=0.68 N=2135 N 10001 h=0.85 N=4942 N,
800
1500
600
1000 it
500 200
o ke - o o .
SESEfoan Ss22E 800

Fig. 10 (a-b) Weekday variation of the N5y concentration in Central European background
(a, Melpitz, Germany) and in Northern European background (b, Hyytidld, Finland). Dots indicate
median concentrations (cm ) and the bars show the variation between 25th and 75th percentile.
The p values represent the possibility that all of the weekday distributions are from the same
distribution as a result of a U-test. The period of measurements in days is given as N. (¢ and d)
same for N, concentrations. Adapted from [11]

3.5 Comparing Measurements of Number Size Distribution
with Model Output

One of the main uses of comparable size distribution dataset is model-measurement
comparison. Without comparable data, the air quality and climate models do not
have a way to reliably validate their results. In model-to-measurement comparison,
many application-based conditions must be taken into account, and especially for
aerosol number size distribution, some of the key points are [18]:

e The comparison must be done with similar properties (STP conditions (T" =
293.15 K, P = 101,300 Pa), dry aerosol).

e Similar timescales for comparison. Short-term simulations can provide easily
different or similar particle number size distributions than measured, just from
overall model internal variability.
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» Longer datasets give possibility to compare distributions of concentrations
(distribution statistics, histograms), which give better view of concentrations,
processes, and variability than short-term comparisons.

» Multiple peaked concentration histograms are usually a sign of multiple types of
airmasses arriving to the station. The model ability to produce all of the peaks is
also dependent on capturing correct advection.

» Particle number concentrations in different sizes in the submicron range are
strongly interrelated. Comparing just one size range can give too optimistic view
of the model performance and multiple size range comparison is useful in
pinpointing the processes needing improvement.

« It is worthwhile to consider the special environments of some of the stations. In
Arctic, the Arctic haze, in mountains, the transport from lower altitudes and the
common inversion situations in Northern Italy can lead to very hard to reproduce
size distributions, at least in large spatial scale models.

The EUSAAR/ACTRIS and GUAN data together with some of the analyses is
available freely for model-to-measurement comparison uses at http://www.atm.
helsinki.fi/eusaar/.

4 Conclusions and Outlook for the Future

The submicron aerosol populations in the European background air are variable
from location to location. The concentrations and variability of aerosol distributions
do, however, show similarities over large geographical areas (Fig. 11). The particle
number concentrations are generally lower in more northern and higher mountain
locations, naturally as they are generally located farther from the emission areas.

Standardized long-term measurements provide reliable information on statistical
behavior of atmospheric aerosols, far beyond what could be obtained in short-term
campaign-wise measurements. Although data from a period of only two years is
shown, the results already provide a previously unavailable variety of information
on the sub-micron aerosol physical properties and variability in Europe. Such
information would also be hard to achieve based on information collected from
separately managed stations, especially if the instrumentation and data handling are
not harmonized.

The similarities within the regions give a good chance of useful air quality
model-measurement comparisons. The actual choice of what should be used for
the models to compare with depends on the application and complexity needed. The
most straightforward way is just to compare one or more mean parameters, such as
median concentrations. This approach is simple to do, but can easily lose many
features of the data, and, in cases of strongly bimodal histograms, can even be
misleading. Comparing modeled histograms to results should pay attention to the
histogram mode location (mean or median concentration), width, and relative
abundance (height) of each mode in the histograms.
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concentrations, variability, and seasonality of Ny, particles. Adapted from [18]

The EUSAAR/ACTRIS and GUAN networks are globally unique both in data
quality and relatively dense network. Building a similar global network is a major
undertaking, but would enable the community to efficiently characterize the aerosol
number distribution, and thus to improve the potential of characterizing the climate
impacts of aerosols in the global boundary layer.
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Indoor-Outdoor Relationships of Particle
Number and Mass in European Cities

Gerard Hoek, Otto Hanninen, and Josef Cyrys

Abstract Human exposure to air pollutants is often characterized by measured or
modeled outdoor concentrations. In Western societies, subjects spend about 90% of
their time indoors, of which a large fraction in their own home. Hence indoor air
quality is an important determinant of the true personal exposure for many
components. Indoor air quality is affected both by infiltration of outdoor air in
buildings and indoor sources such as smoking, gas cooking, and use of consumer
products. In this chapter we separately describe the impact of indoor sources and
outdoor air on indoor pollution. We first illustrate differences in outdoor and
personal exposure using data on real-time particle number concentrations from a
recent study in Augsburg, Germany. We then present a model of indoor PM
concentrations, illustrating the factors that affect indoor air quality. We summarize
empirical studies that have assessed indoor—outdoor relationships for particle mass,
particle number, and specific components of particulate matter.

Outdoor air pollution significantly infiltrates in buildings. Combined with the
large fraction of time that people typically spend indoors, a major fraction of human
exposure to outdoor pollutants occurs indoors. Understanding the factors affecting
infiltration is therefore important. Infiltration factors have been shown to vary
substantially across seasons, individual homes and particle size and components.
Important factors contributing to these variations include air exchange rate,
characteristics of the building envelop (e.g., geometry of cracks), type of ventila-
tion, and use of filtration. Penetration and decay losses are particle size dependent
with the lowest losses for submicrometer particles and higher losses for ultrafine
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and especially coarse particles. The largest infiltration factors are consistently
found for sulfate and black carbon. Volatilization and chemical decay may also
result in losses of specific components, including nitrates and organic components.
The large variability of PM, 5 infiltration factors reported may further be due to
different composition of PM across locations. In locations with relatively high
sulfate and EC contributions, higher infiltration factors can be anticipated than in
locations with high nitrate and OC concentrations.

Keywords Indoor air, Infiltration, Outdoor, Particle size, Particles, Penetration,
Ultrafine
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1 Introduction

Particulate matter (PM) has been identified in many studies as an important
component of the complex air pollution mixture responsible for various health
effects [1, 2]. In many epidemiological studies, PM is characterized as the mass
of particles smaller than 2.5 or 10 pm (PM, 5 and PM;). This is largely because of
the availability of routinely measured concentrations of these particle metrics,
related to the promulgation of air quality guidelines in many countries, including
the European Union. It has, however, been hypothesized that the number of
ultrafine particles (UFP) may be another health relevant particle metric [3]. Never-
theless, there remains considerable uncertainty on the health effects of UFP
observed in epidemiological studies, largely related to measurement error
associated with characterizing exposure to UFP by central site outdoor
measurements [4, 5]. A major component of measurement error is how well central
site outdoor concentrations are reflected in indoor air at the thousands of different
locations where the population actually is exposed for the majority of time. In
Western societies, subjects spend about 90% of their time indoors, of which a large
fraction in their own home. Hence indoor air quality is an important determinant of
personal exposure for many components.
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Indoor air quality has been a public health concern for several decades now.
Indoor air quality is affected both by infiltration of outdoor air in buildings and
indoor sources such as smoking, gas cooking, and use of consumer products [6].
Penetration of particles into indoor environments depends on particle size, air
exchange rates, and other factors. Consideration of indoor sources is important
because they may be associated with significant health effects, e.g., environmental
tobacco smoke. Presence of indoor sources may further complicate assessment of the
impact of outdoor air on indoor air. In this chapter we separately describe the impact
of indoor sources and outdoor air on indoor pollution, because health effects of
outdoor and indoor generated particles may differ as their composition differs [7].

We focus in this chapter on particles from ambient origin. We first illustrate
differences in outdoor and personal exposure using data on real-time particle number
concentrations (PNC) from a recent study in Augsburg, Germany. We then present a
model of indoor PM concentrations, illustrating the factors that affect indoor air
quality. We summarize empirical studies that have assessed indoor—outdoor
relationships for particle mass, particle number, and specific components of particu-
late matter. The focus is on European studies, but we included key studies from
outside Europe as well. We conclude by comparing the strength of indoor—outdoor
relationships of various particle fractions and components.

2 Example of Outdoor and Indoor Exposure: Augsburg Study

Within the framework of a study conducted in Augsburg, Germany, personal
exposure to UFP has been measured during 2011. The study participants followed
three different scenarios: (A) commute by car to their home, spend the morning
there, and commute back by car; (B) commute by public transport to their home,
spend the morning there, and commute back by public transport; and (C) walk to the
city center, spend about 4-5 h there with at least 2 h outside, and walk back. All
trips started and ended at the study center, located near the central railway station in
the center of Augsburg. The measurements were done by each of the participants on
the same day of the week over 3 consecutive weeks in winter, spring, and summer.
In all three scenarios, the subjects kept a detailed diary and their whereabouts were
recorded with geographic positioning systems (GPS).

In Fig. 1 the average time series of personal and ambient PNC for scenarios A and
B are presented. Between 7:00 and 8:30 as well as after 13.15 the majority of
participants were outdoors traveling between the study center and their home. During
this time the difference between the personal and ambient levels of PNC was rather
small. In contrast large differences between personal and ambient levels of PNC were
observed when participants were in their homes or other indoor microenvironments.
In indoor microenvironments the personal exposure to PNC exceeded significantly
ambient PNC levels. Domestic activities such as cooking or lightning candles were
found to greatly increase personal indoor exposure. Especially cooking (between
12:00 and 13:00) strongly contributed to increases in personal PNC.
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Fig. 1 Time series of personal and ambient PNC averaged for all measurements scenarios A and
B (n = 58)

Individual patterns differed substantially from each other. In Fig. 2 two
examples of individual patterns are presented. In Fig. 2a the personal exposure to
PNC measured indoors was much lower as the ambient PNC. The study participant
spent almost the whole time indoors in an office. The windows were closed during
the whole day. Activities in the office contributed less to PNC as the typically
domestic activities such as cooking or cleaning. The small peak of PNC around
12:30 was recorded during a coffee break in the entrance hall outside of the office.

In Fig. 2b the influence of two different indoor microenvironments is clearly
visible. Whereas in the office the indoor (personal) PNC levels are lower than the
ambient PNC (similar to Fig. 2a), the personal PNC were much higher in a
cafeteria. Furthermore, it seems that the air conditioning system which turned on
and off automatically together with some cooking activities caused a very pro-
nounced pattern of PNC going down and up.

3 Model for Indoor Air Quality

Mass balance models are used extensively to describe the concentration in indoor
air as a function of outdoor air and indoor sources. According to Dockery and
Spengler [6] the mass-balance of indoor and outdoor generated pollutants can be
expressed as:

— Pa —— Q ACi
Ci = C, -
a kT Vs Ala+ b

ey
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Fig. 2 Two examples of time series of personal and ambient PNC: (a) participant spent mostly the
whole time indoors in an office and (b) participant spent time indoors in an office and a cafeteria

where
C; = indoor concentration (Ug m )
C, = ambient (outdoor) concentration (Llg m>)
P = penetration efficiency (dimensionless)
a = air exchange rate (™
k = decay rate indoors (h™h
Q = source strength (g h™') (symbol used by Dockery and Spengler was S)
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V = interior volume of the building (m%)

AC = Cji(t;)—C;(ty), indoor concentration change during the sampling period
(ngm™)

At = t;—ty, sampling period (h)

The third term represents the transient component, which in steady state and for
long-term averages can be set to zero.

Looking separately at outdoor originating and indoor generated components, the
equation can be simplified into Wilson et al. [7]

Ci=Cy +Cig ()

where

C; = total indoor concentration ([g m> )

C, = indoor concentration originating from outdoors (pg m73)

Ci, = indoor concentration from indoor sources (jg m )

Now, combining the above equations, the fractional indoor concentrations from
outdoor and indoor sources can be expressed separately as

Pa
Cai = a+t kCa (3)
R
Cig = V(a+k) @)

Equation (3) is also written as C,; = Fi,r C,., With Fy¢ is defined as the infiltra-
tion factor. The infiltration factor describes the fraction of ambient pollution that
penetrates indoors and remains suspended.

The model describes the influence of the key factors affecting indoor air quality,
including air exchange rate and aerosol properties dependent on the particle size
distribution, namely penetration efficiency (P) and decay rate (k). The model has
been successfully used for estimation of indoor source strengths from observed
concentration data [8]. Due to seasonal trends in meteorology, air exchange rates
and consequently also infiltration vary with season [9]. However, data on actual air
exchange rates and seasonal patterns is still quite limited due to complexities in air
exchange rate measurement techniques.

Penetration efficiency represents the probability of a particle suspended in the air
flowing into the building through windows, doors, cracks in the walls, and ventila-
tion channels remaining in the air. The penetration efficiency is thus dependent on
several factors including the air velocity, the opening dimensions, and the particle
size. Liu and Nazaroff [10] developed a theoretical model for penetration efficiency
assuming air flow through cracks of a given dimension. According to this model the
penetration efficiency is very close to unity for all particle sizes from 10 nm to
10 um if the crack width is about 1 mm. When the crack width is reduced to
0.25 mm, the particles effectively penetrating through it are reduced to a range from
a few tens of nanometers to a few micrometers [10]. The pressure difference across
the cracks has a modest additional impact (Fig. 3).
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Fig. 3 Penetration efficiency as function of particle size and crack width [10]

The type of ventilation plays an important role as well. Chen and Zhao [11]
distinguish mechanical ventilation (artificial systems usually including filters),
natural ventilation (through open windows and doors), and infiltration (uncon-
trolled flow through cracks).

The second particle size-dependent parameter in the mass-balance equation is the
decay term (k). Decay of nonvolatile particles indoors is dominated by thermokinetic
and gravimetric deposition. Thermokinetic deposition affects UFP in the nanometer
size range, while particles larger than few hundreds of nanometers in diameter are
strongly affected by the gravimetric deposition. Between these two domains remains
a particle size range, which has the largest tendency of remaining suspended in the
indoor air. In the thermokinetic domain the deposition rate is strongly affected also by
friction velocity, i.e. turbulence of the air in indoor spaces, bringing the particles
effectively close to the deposition surfaces (Fig. 4).

The deposition rate depends also on the availability of surfaces. While gravimetric
deposition takes place only on horizontal upward facing surfaces, thermokinetic
deposition occurs also on downward facing and vertical surfaces. The more such
surfaces are available for deposition, the faster the corresponding deposition rate is.
Relationship of the deposition surface availability and the deposition velocity in a
rectangular space is characterized by Lai and Nazaroff [12] as

_ VavAy 4 guAy + VaaAg

4 v
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Fig. 4 Dependency of the deposition rate (k) on the particle diameter and friction velocity

where f is the first-order loss coefficient for deposition in a rectangular space V, vg,,
Vau, and vgq, are the deposition velocities for vertical, upward and downward facing
surfaces, respectively, and A,, A,, and A4 are the corresponding deposition surface
areas.

As a result of the particle size-dependent properties the accumulation mode
particles having highest penetration efficiencies and lowest deposition rates tend to
enter indoors most efficiently and remain suspended there, thus substantially
contributing to indoor exposures. Another implication is that the particle size
distribution indoors differs significantly from that outdoors, even in the absence
of indoor sources. Finally particle infiltration varies from home to home, resulting
in higher variability across homes in indoor particle concentrations compared to
outdoor concentrations.

4 Empirical Studies on Indoor—-Outdoor Relationships
of Particles

4.1 Methodological Issues

For assessment of exposure in epidemiological studies, the correlation between
indoor and outdoor concentration is of importance in addition to the quantitative
contribution of outdoor air to indoor air quality. Figure 5 presents the median of the
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Fig. 5 Median Pearson correlation between central site outdoor and indoor 24-h average particle
concentrations in four European cities. The correlation reflects the temporal variation of indoor
and outdoor concentrations. Source: Hoek et al. [13]

longitudinal correlation of indoor and outdoor 24-h average particle concentrations
in four European cities. These correlations were obtained by first calculating the
correlation per home and then calculating the median per city. This correlation
measures the temporal correlation and takes care of differences between homes
related to, e.g., indoor sources. Correlations were moderately high for PM, 5. For
PNC and coarse particles correlations were much lower, due to a combination of
lower infiltration of ultrafine and coarse particles in the homes compared to fine
particles and time-varying indoor sources. Several studies have suggested that
indoor sources contribute least to fine particles, defined as particles smaller than
1 um (Sects. 4.2—4.4). For soot and sulfate, correlations were higher than for PM, s.
This reflects fewer indoor sources for these components and that these components
are concentrated in the submicrometer fraction that infiltrates most efficiently in
homes.

The correlation only measures whether the time pattern of indoor concentrations
track outdoor concentration trends, it does not provide information on how much a
pollutant infiltrates in the indoor environment. In the RUPIOH study, outdoor and
indoor nitrate concentrations correlated well in three of the four cities (Fig. 5).
However, the infiltration factor was very low, ranging from 0.05 to 0.13.

Empirical studies have used different methods to describe quantitative
indoor—outdoor relationships [11]. Many studies have used the indoor/outdoor
ratio (I/O ratio). The I/O ratio of occupied homes is difficult to interpret as it is
affected by indoor sources and by infiltration of outdoor particles indoors. I/O
ratios from different studies have shown a very wide range: from well below 1 to
well above 1 [11]. Some studies have attempted to exclude homes with major
indoor sources such as smoking and use of gas appliances for cooking to obtain
more interpretable values [13, 14, 19]. Because of the variety of indoor sources,
this has generally not been successful. In a Swedish study that purposefully
selected homes without smokers and gas appliances, indoor PM, 5 concentrations
were still for 60-90% caused by indoor sources [14]. The authors speculate that
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resuspension of particles by human movement and particle formation from organic
components with ozone may have been significant indoor sources. Regression
analyses of indoor and outdoor concentrations and indoor source use data within
the EXPOLIS and RIOPA studies also documented that a large fraction of the
indoor PM, 5 source contribution was unidentified [8, 15]. Another approach is to
limit the calculation of I/O ratio to hours with little indoor source activity, typically
the nighttime [16, 17, 19]. The influence of this approach was demonstrated in a
study of hourly ultrafine particle concentrations in four European cities [13]. When
all 24 h were considered, the correlation between simultaneously measured hourly
indoor and residential outdoor concentrations was weak (range 0.25-0.62). When
only the nighttime period was included, a strong correlation was found in the four
cities between indoor and outdoor ultrafine particle concentrations (range
0.64-0.87).

Many studies have used the infiltration factor (Fi,s), defined as the fraction of
outdoor particles that penetrate indoors and remain suspended [11]. Compared to
the I/O ratio, a major advantage of the use of the infiltration factor is that it is not
affected by indoor sources. Equation (3) describes the factors that influence it,
which includes both penetration and decay rates.

Finally studies have reported the penetration factor which describes penetration
and not decay. Penetration factors are not directly observable and they are usually
calculated from infiltration rates and decay rates [11].

4.2 Indoor-Outdoor Relationships of PM 5

Hinninen and coworkers [9] have recently evaluated the original data of European
studies of indoor—outdoor relationships for PM, 5. The overall average infiltration
factor was 0.55, illustrating significant infiltration of outdoor fine particles. A recent
review including European and North American studies reported infiltration factors
from 0.3 to 0.82 for PM, 5 [11]. Since western people spend on average about 90%
of their time indoors, human exposure to fine particles of outdoor origin largely
occurs indoors. Infiltration factors were consistently higher in the summer season
than in the winter season (Fig. 6). The implication is that for the same outdoor
concentration, actual human exposure of subjects in the summer season is higher
than in the winter season [9]. This could be one of the explanations for the often
higher health effects reported in the summer months compared to the winter months
in epidemiological studies that are based upon outdoor concentrations. Higher
infiltration factors in the summer are explained by higher air exchange rates in
the summer season compared to the winter. The air exchange rate (AER) was
measured in the EXPOLIS and RUPIOH study in different seasons. Mean AER
(hfl) was 1.38 (summer) versus 0.56 (winter) in EXPOLIS and 1.07 (summer)
versus 0.36 (winter) in RUPIOH [9]. Differences in infiltration factors across
Europe were less consistent, with, e.g., little difference between Northern and
southern European cities (Fig. 6). Methodological differences across studies may
have complicated assessment of regional differences; however, two studies
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Fig. 6 Mean infiltration factor of PM, 5 in relationship to season and region of Europe. Source:
Hénninen et al. [9]

including four cities across Europe also did not find higher infiltration in southern
compared to northern European cities [8, 13]. Large differences were observed
between individual homes/days within regions, likely related to differences in air
exchange rates and geometry of the building envelop (e.g., dimension of cracks).

4.3 Indoor-Outdoor Relationships of Coarse (PM;)—PM 5)
Particles

Much lower infiltration factors were found for coarse particles than for PM, 5 in
four European cities (Table 1). Infiltration factors were estimated from linear
regression analyses of simultaneously measured indoor and outdoor coarse particle
concentrations. The lower infiltration of coarse particle is consistent with lower
penetration and higher decay rates of coarse particles due to gravitational settling
and impaction, see Sect. 3. Studies conducted in the USA have reported substan-
tially lower infiltration rates for coarse particles as well [17, 18].

4.4 Indoor-Outdoor Relationships of Ultrafine Particles

Infiltration factors for UFP assessed by total particle number counts were somewhat
lower than for PM, 5 in the four European cities included in the RUPIOH study
(Table 1), but higher than for coarse particles. A large Canadian study in Windsor,
Ontario in which total particle number counts were measured with PTraks reported
infiltration factors of 0.16, 0.26, and 0.21 in the first summer, winter, and second
summer, respectively, with a large variability for individual homes [19]. The lower
infiltration of ultrafine particles is consistent with lower penetration and higher
decay rates due to diffusion losses compared to accumulation mode particles.
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Ta!)le 1 lnﬁltratloq factors Helsinki  Athens Amsterdam  Birmingham
estimated as regression slope

for the relationships between PMy 5 048 0.42 0.39 0.34

indoor and outdoor 24-h PM,-PM,s 0.14 0.16 0.11 0.13
average concentrations of PNC 0.42 0.42 0.19 0.22
different particle metrics from Soot 0.63 0.84 0.78 0.71
RUPIOH study [13] Sulfate 0.59 0.61 0.78 0.61

Several studies in the USA that measured particle size distributions have also found
lower infiltration factors for particles in the ultrafine range [17, 18, 20, 21]. In a
study in nine Boston homes without smokers, the infiltration factor for particles
between 0.02 and 0.1 pm was between 0.5 and 0.7, whereas it was 0.28 for coarse
particles and 0.74 for PM, s [16]. In a study of 17 Los Angeles homes, the
infiltration factor was 0.75 for particles between 0.08 and 0.3 pm; 0.50 for particles
between 0.02 and 0.03 um and 0.17 for particles between 5 and 10 um [18]. A study
conducted in a Helsinki office found that indoor PNC tracked outdoor
concentrations well but were only at 10% of the outdoor concentrations [22]. A
study in two empty hospital rooms in Erfurt, Germany reported a high correlation
and an I/O ratio of 0.42 for total PNC, compared to 0.79 for PM, 5 [23]. There is
thus a large range in reported infiltration factors, related to differences in air
exchange rates, building characteristics and likely also differences in measurement
methods across studies.

A significant fraction of UFP may be volatile, particularly in particles smaller
than 50 nm [24, 25]. Volatility increased with decreasing distance to a major
freeway [24]. In a study in four apartments near a US freeway, I/O ratios were
highest for particles of about 100 nm, decreased up to about 20 nm and then
increased again for particles smaller than 20 nm [25]. The pattern below 20 nm
did not agree with previous theory (Sect. 3). A potential explanation is that upon
infiltration losses may occur of volatile components, resulting in a shift of the
particle size distribution towards particles less than 20 nm [25].

4.5 Indoor-Outdoor Relationships of Specific Particle
Components

PM, 5 is a complex mixture of components derived from multiple sources. Major
components of PM, 5 include secondary inorganic components (sulfate, nitrate),
elemental carbon and organic carbon. Infiltration factors and indoor sources differ
for these components, as illustrated in Table 1.
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4.5.1 Sulfate and Nitrate

Sulfate has no major indoor sources and has therefore been used as a tracer for
outdoor particles [7, 8, 17, 26, 27]. Infiltration factors obtained from linear regres-
sion for sulfate were substantially higher than for PM, 5 in the RUPIOH study
(Table 1). Other studies in Europe [8, 28] and the USA [15, 29] have found the
same trend. In the EXPOLIS study the indoor—outdoor regression slope ranged
between 0.75 and 0.88 for sulfur and between 0.64 and 0.69 for PM, 5 in the four
cities [8]. The main explanation for this difference is that sulfate is concentrated in
submicron particles that have the lowest penetration and decay losses. The second
explanation is that PM, 5 in many locations includes a significant nitrate fraction
that poorly infiltrates (below). A study in retirement homes in California found that
using the infiltration factor for sulfur overestimated the PM, 5 infiltration signifi-
cantly [29]. The authors attributed this difference with studies in the eastern USA to
the high nitrate concentrations in fine particles in California.

Studies in the USA have documented that the cation associated with sulfate may
change upon infiltration indoors [30]. While outdoor sulfates were partly acidic,
indoor particle acidity was largely neutralized by the high ammonia concentration
indoors. This is an illustration of a chemical decay process in addition to the mainly
physical processes discussed in Sect. 3.

In contrast, for nitrates low infiltration factors were found in the RUPIOH study
(range 0.05-0.13) and a study in California homes (infiltration factor 0.2) [18]. The
low infiltration is due to the volatility of ammonium nitrate, resulting in a shift
towards the gaseous components ammonia and nitric acid upon infiltration because
of temperature and relative humidity changes [31]. Nitric acid has high deposition
on walls, resulting in a further shift of the equilibrium [31].

4.5.2 Elemental or Black Carbon

Infiltration factors for EC exceeded those for PM, 5 significantly (Fig. 7). EC is
concentrated in submicrometer particles and is nonvolatile. Though smoking
affects EC levels, the impact is less than on PM, 5 concentrations [28, 32]. Further-
more, there are few other indoor sources of EC [15]. A detailed analysis of the
RIOPA study showed that 92% of the indoor EC concentration was due to outdoor
EC, whereas the corresponding contribution for PM, s was 53% [15]. Tobacco
smoking, incense burning, and sweeping were marginally significant sources for EC
and the intercept of the regression model was insignificant suggesting no unidenti-
fied sources of EC. In contrast, for PM, 5 a highly significant intercept was found
suggesting that most of the indoor sources were unidentified [15].
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4.5.3 Organic Carbon

There is much more limited information available on infiltration of organic carbon
(OC), but as many components are volatile significant changes occur upon infiltra-
tion indoors. The OC measurement reflects a complex mixture of components,
including polycyclic aromatic hydrocarbons (PAH), which differ widely in volatil-
ity. In ambient air a distinction is made in primary and secondary organic
components. Organic PM components can also be formed indoors, e.g. by reactions
of organic gases with ozone. Measurement of particulate OC is complicated as gas
phase artifacts may occur, resulting both in positive and negative biases [33]. In a
study in an unoccupied home in California, significant losses of OC were found due
to volatilization upon infiltration in the home [33]. In the RIOPA study, the
indoor—outdoor regression slope was 0.4 for OC, about half the slope for EC [15].
The contribution of outdoor OC to indoor OC was estimated at 22% only. High
indoor OC in PM | concentrations in schools in Aveiro, Portugal was found which
were explained for 26% by ambient OC and further by small paper, skin, and cloth
particles [34]. A study in Cracow, Poland showed that personal exposure of
pregnant women to PAH was explained for typically 90% by the outdoor concen-
tration [35].

5 Conclusions

Outdoor air pollution significantly infiltrates in buildings. Combined with the large
fraction of time that people typically spend indoors, a major fraction of human
exposure to outdoor pollutants occurs indoors. Understanding the factors affecting
infiltration is therefore important. Infiltration factors have been shown to vary
substantially across seasons, individual homes, and particle size and components.
Important factors contributing to these variations include air exchange rate,
characteristics of the building envelop (e.g., geometry of cracks), type of ventila-
tion, and use of filtration. Penetration and decay losses are particle size dependent
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with the lowest losses for submicrometer particles and higher losses for ultrafine
and especially coarse particles. The largest infiltration factors are consistently
found for sulfate and black carbon. Volatilization and chemical decay may also
result in losses of specific components, including nitrates and organic components.

The difference in infiltration between components and particle sizes documents
that indoor air quality differs from outdoor air quality, even in the absence of indoor
sources. This may result in measurement error in exposure estimates that exclu-
sively focus on outdoor concentrations. Furthermore heterogeneity in the size of
estimated health effects may occur in epidemiological studies using exposure
estimates based upon outdoor concentrations performed in different locations that
differ in factors affecting infiltration.

The large variability of PM, 5 infiltration factors reported may further be due to
different composition of PM across locations. In locations with relatively high
sulfate and EC contributions, higher infiltration factors can be anticipated than in
locations with high nitrate and OC concentrations.
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Nanoparticles in European Cities
and Associated Health Impacts
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Abstract Atmospheric nanoparticles are a pollutant currently unregulated through
ambient air quality standards. The aim of this chapter is to assess the environmental
and health impacts of atmospheric nanoparticles in European environments. This
chapter begins with the conventional information on the origin of atmospheric
nanoparticles, followed by their physical and chemical characteristics. A brief
overview of recently published review articles on this topic is then presented to
guide those readers interested in exploring any specific aspect of nanoparticles in
greater detail. A further section reports a summary of recently published studies on
atmospheric nanoparticles in European cities. This covers a total of about 45
sampling locations in 30 different cities within 15 European countries for
quantifying levels of roadside and urban background particle number
concentrations (PNCs). Average PNCs at the reviewed roadside and urban back-
ground sites were found to be 3.82 + 3.25 x 10* and 1.63 + 0.82 x 10* cm”>,
respectively, giving a roadside to background PNC ratio of ~2.4. Engineered
nanoparticles are one of the key emerging categories of airborne nanoparticles,
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especially for the indoor environments. Their ambient concentrations may increase
in future due to widespread use of nanotechnology integrated products. Evaluation
of their sources and probable impacts on air quality and human health are briefly
discussed in the following section. Respiratory deposition doses received by the
public exposed to roadside PNCs in numerous European locations are then
estimated. These were found to be in the 1.17-7.56 x 10'® h™' range over the
studied roadside European locations. The following section discusses the potential
framework for airborne nanoparticle regulations in Europe and, in addition, the
existing control measures to limit nanoparticle emissions at source. The chapter
finally concludes with a synthesis of the topic areas covered and highlights impor-
tant areas for further work.

Keywords Aerosol number and size distributions, Engineered nanoparticles,
European environment, Exposure-response doses, Ultrafine particles
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1 Introduction

Atmospheric particles in the nano-size range contribute significantly to particle
number concentrations (PNCs). These also have the potential to adversely affect
human health due to their ability for deep penetration into the lungs [1] and beyond.
Hence, this chapter only focuses on particle “numbers.” In what follows, the terms
“ultrafine particles” and “nanoparticles” are used interchangeably according to the
context for representing the “total PNCs.” In the recent past, there has been a
significant increase in number of studies related to characterisation, monitoring,
modelling and human exposure assessment of airborne nanoparticles, though this
progress has not been sufficient to inform any regulatory framework or to establish
ambient air quality standards [2]. There still remain a number of inconclusive
results on various aspects such as exposure—response relationships and standardised
sampling methodology [3]. This is further complicated by the lack of information
on physico-chemical characteristics and behaviour of emerging sources such as
biofuel-derived nanoparticles or synthesised, manufactured or engineered
nanomaterials or nanoparticles; hereafter referred to as ENPs [4, 5].
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Numerous review articles have been published in the recent past covering
different aspects of atmospheric nanoparticles such as measurements, instrumenta-
tion, characteristics, health-exposure assessment and dispersion modelling. To our
knowledge, there is currently no review available which has specifically been
dedicated to assess the ambient concentrations of nanoparticles in European cities.
The aim of this chapter is to synthesise the existing knowledge on numerous aspects
(i.e. origin, characteristics and regulatory control) of atmospheric nanoparticles and
to highlight research gaps and future research priorities. An intensive review of
published studies is also conducted for making preliminary estimates of both
ambient and roadside concentrations of airborne PNCs at about different 45
locations in European cities, and assessing associated health impacts.

This chapter begins by summarising the recent review articles on this topic.
Other topics such as sources and physico-chemical characteristics of ambient and
emerging nanoparticles (i.e. ENPs) are then covered briefly for the completeness of
the article. This is then followed by the assessment of nanoparticles in numerous
European cities, estimation of respiratory deposition doses and a brief discussion on
current and future prospects of their regulatory control. In what follows, the terms
“airborne nanoparticle” and “ENP” refer to total particles, currently mainly pro-
duced by vehicles, and nanomaterials-derived products, respectively.

2 State-of-the-Art Summary of Recent Review Articles

This section provides a brief summary of recently published review articles on this
topic providing readers an opportunity to explore any individual topic in detail.
Vardoulakis et al. [6—8] summarised street scale modelling of gaseous and particu-
late matter and discussed the challenges, sensitivity and uncertainty associated with
them. Buseck and Adachi [9] discussed the nature of airborne nanoparticles,
instruments and techniques for characterising their physical and chemical
properties and their significance from the health and climate change perspective.
Measurements of airborne nanoparticles are generally made by using aerodynamic
and optical detection techniques. Detailed description of the operating principles of
optical, aerodynamic and electrical mobility analysers can be found in Flagan [10],
McMurry [11, 12], and Simonet and Valcarcel [13]. Biswas and Wu [14] presented
the life history of airborne ENPs from their formation to potential use and their
eventual fate in the environment. Nowack and Bucheli [15] presented a compre-
hensive review covering the occurrence, behaviour and effects of nanoparticles in
the environment. Ju-Nam and Lead [16] presented a widespread overview on the
chemistry, interactions and potential environmental implications associated with
ENPs. Later, Seigneur [17] focused on measurement techniques and ambient
measurements of the physico-chemical characteristics of ultrafine particles. They
also summarised some of the model studies on the evolution of particles in vehicle
exhaust plumes. Pey et al. [18] were one of the first ones to apply receptor
modelling tools to PNCs for apportioning the PNC sources and processes in the
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urban background of Barcelona, Spain. Recently, Harrison et al. [19] applied the
similar technique on PNC data collected at roadside environment (Marylebone
Road) in London to identify contribution from various sources.

Morawska and co-workers have produced a number of review articles on this topic.
For example, Holmes and Morawska [20] reviewed several simple and complex
models covering a wide range of urban scales for the dispersion of particulate matter.
Morawska et al. [21] focused on vehicle produced ultrafine particles and discussed
limitations of measurement methods, sources, characteristics, transport and exposure
of these particles in urban environments. Their further review focused on indoor and
outdoor monitoring of airborne nanoparticles [3]. Morawska [22] discussed the
importance of airborne ENPs from the health perspective. Regulations and policy
measures related to the reduction of ambient particulate matter were discussed in their
follow-up article [23]. Their recent review article discussed the commuters’ exposure
to ultrafine particles and associated health effects [24].

There has been around half a dozen review articles published by Kumar and co-
researchers during the last 2 years on various aspects of urban atmospheric
nanoparticles. Their first review synthesised the existing knowledge on
characteristics, measurements and currently available instruments for measuring
atmospheric nanoparticles in the urban environment. In addition, they discussed the
potential prospects of regulatory control for atmospheric nanoparticles, recent
advances on this topic and future research priorities [2]. A further article presented
the comparison of the behaviour of vehicle derived airborne nanoparticles and the
ENPs produced from nanomaterials integrated products, besides discussing the
consequences for prioritising research and regulation activities [4]. Later, they
reviewed the characteristics and impacts of biofuelled vehicles derived
nanoparticles on the number-based regulations [5]. Their further article in this
series focused on the dispersion modelling of nanoparticles in the wake of moving
vehicles, and presented a critical analysis of the information on dispersion models
and techniques (numerical and computational) used for dispersion modelling at this
fine scale [25]. A recent review by Kumar et al. [26] illustrated dynamics and
dispersion modelling of nanoparticles at five spatial scales (vehicle wake, street
scale, neighbourhood, city and tunnel). Also were presented comprehensive
discussions on the importance of sinks and transformation processes in nanoparticle
dispersion models at various spatial scales. Their recent article discussed the
technical challenges in tackling regulatory concerns over atmospheric nanoparticles
[27] and the follow-up work summarised their impacts on urban air quality and
public health [28]. Their most recent work discussed the importance of
nanoparticles produced by building activities such as construction, demolition or
recycling, besides highlighting the need for developing risk assessment and man-
agement strategies [29].

The ever-increasing number of published studies on airborne nanoparticles,
which is also evident from the brief summary of various reviews presented
above, clearly demonstrates a mounting importance of this research topic among
the air quality science and management communities.
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3 Physico-Chemical Characteristics of Airborne Nanoparticles

Various mathematical distribution fits such as Rosin—Rammler, Nukiyama—
Tanasawa, power law, exponential and Khrgian—Mazin find limited application in
aerosol science [30]. The lognormal distributions are generally used to fit empiri-
cally the wide range and skewed shape of most particle number distributions (PNDs)
in the urban environment (see Fig. 1). The PNDs are often expressed in terms of the
logarithmic function of the particle diameter (log D,,) on the x-axis and the measured
differential concentration on the y-axis i.e. dV/dlog D,; the number of particles per
cm " of air having diameters in the size range from log(Dy, + dDp). If dN/dlog D, is
plotted on a linear scale, the number of particles between D, and D, + dD, is
proportional to the area under the curve between dN/dlog D, and log D,. The
same is true if distributions are plotted in similar plots on the basis of mass, volume
or surface area.

The most common way in aerosol science to represent PND data is in terms of
various modes. Generally, these modes are nucleation (typically in the 1-30 nm
range), Aitken (typically in the 20—100 nm range), accumulation (typically in the
30-300 nm range) and coarse (typically over 300 nm size range). Each mode
contains different sources, size range, formation mechanisms, and chemical
compositions [30].

Particles in nucleation mode are generally formed due to condensation of the
vapour present in the exhaust gases and nucleation (gas-to-particle conversion) in
the atmosphere after rapid cooling and dilution of exhaust emissions [31, 32]. These
particles originate mainly from unburned fuel and lubricating oil consisting of
sulphates, nitrates and organic compounds [33].

Aitken mode particles arise from the growth or coagulation of nucleation mode
particles, and are also produced in high numbers by primary combustion sources
such as vehicle exhausts [34]. These are mainly composed of a soot/ash core with a
readily absorbed layer of readily volatilisable material [35]. Accumulation mode
includes combustion particles, smog particles and nucleation mode particles that
have coagulated with accumulation mode particles [30]. These particles are formed
in the combustion chamber (or shortly thereafter) with associated condensed
organic matter [36]. They are composed of carbonaceous agglomerates (soot and/
or ash) coming mainly from the combustion of engine fuel and lube oil by diesel-
engined or direct injection gasoline-engined vehicles [37].

Particles in the coarse mode are deposited on cylinder and exhaust system
surfaces and later re-entrained [38]. These are also produced by brake wear, tyre
wear, windblown dust (also called advected mineral particles), large salt particles
from sea spray, re-suspension of particles by traffic and wind produced turbulence,
and anthropogenic activities such as agriculture and surface mining [39—41]. These
particles are notable for their significant mass and volume concentrations. Their
lifetime in the atmosphere is relatively shorter (a few hours or days) because of the
effect of gravitational settling due to their large size or due to their washout [39].
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Fig.1 Typical example of particle size distributions at roadside (Marylebone Road, London) and
urban background site (North Kensington, London), both taken in 2007. Also are shown size
dependent deposition in alveolar region [102]

4 Origin of Atmospheric Nanoparticles

Nanoparticles originate from both natural and anthropogenic activities. This section
provides a brief overview of the anthropogenically produced nanoparticles from
gasoline and diesel-fuelled road vehicles, with a special focus on the emerging class
of nanoparticles (i.e. ENPs). A brief overview of natural and anthropogenic sources
is also presented for the completeness of the chapter. Wherever felt necessary,
readers are directed to the relevant literature for detailed information.

4.1 Natural Sources

Nanoparticles in the natural environment originate from atmospheric (organic acids,
sea salts), biogenic (organic colloids, organisms, magnetite and metals), geogenic or
pyrogenic (soot such as fullerenes, Al- and Fe-oxides and Allophane) formation [15].
Besides sea salt and mineral matter, atmospheric formations of organic acids through
secondary aerosol formation are of particular importance. Sea salt and mineral dust are
primary constituents with rather small nanoparticle components. Secondary
nanoparticles generally predominate in less polluted environments and are formed
in the atmosphere by the condensation of semi-volatile vapours, usually generated
through atmospheric photochemistry [42—44]. The most common formation mecha-
nism involves sulphuric acid nucleation, followed by condensational growth, with
oxidised organic compounds playing a major role in the latter process [45].
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The literature suggests two other nucleation mechanisms, one involving oxidation of
terpenes or other organic compounds released from trees [46] and the other based upon
iodine oxides [47]. Heintzenberg et al. [48] summarised that new particle formation
events in the boundary layer generally show following distinct features. Firstly, a rapid
increase in number concentrations of particles below 20 nm due to nucleation and
subsequent particle growth into detectable sizes. Secondly, further particle growth
within the size range of the instrumentation, as a result of continuing condensation of
vapours. Finally, a gradual decrease in PNCs within several hours due to coagulation
and mixing with other air masses. Such a particle formation and successive growth is
informally called as “banana event” because of their appearance in two-dimensional
contour plots of PNCs as a function of time and particle diameter [48]. However, the
rate of nanoparticle formation varies in different environments. For example, Kulmala
et al. [34] concluded that the formation rate of 3 nm size particles within the boundary
layer, urban areas, coastal areas and industrial plumes can be in the range 0.01-10, up
to 100, 10°~10° and 10*-10° # cm > s™', respectively. They also reported that
particle growth rate varies between 1 and 20 nm h™'. This growth rate is mainly
driven by the ambient temperature, clumping, availability of condensable vapours,
condensation of other materials onto particle surfaces, deliquescence or hygroscopic
properties of particles (e.g. sea salt particles grow by collecting water) [49]. Ketzel
et al. [50] found that during periods with low primary particle emissions in
Copenhagen, particle formation events are due to nucleation in background air.
They observed the particle growth rate between 1 and 6 nm h™'. These are similar
to those found at another European suburban background location in Prague where
the average value of particle growth rate was found to be about 5.4 nm h™' [51]. These
are well within the range of 1-10 nm h™' given for urban locations by Kulmala et al.
[34]. Ketzel et al. [50] also reported that total number of concentrations of particles
in Copenhagen increased by up to 5-10 times within a few hours in connection with
clean air and high solar radiation. Generally, new particle formation events occur in
defined conditions such as low wind speed, low relative humidity and high
global radiation. Other factors accompanying the new particle formation events are
lowered condensation sinks preceding the particle burst or low concentrations of SO,
and NOx [51]. Detailed information on the formation and growth of particles in
different environments can be found in Holmes [43], Kulmala et al. [34] and the
references therein.

4.2 Anthropogenic Sources

Nanoparticles produced from anthropogenic sources can either be formed inadver-
tently as a by-product of combustion activities (i.e. emissions from road vehicles
and industries) or produced intentionally (e.g. ENPs) due to their particular
characteristics [15]. The following section describes the ENPs in detail and
provides only a brief overview of other anthropogenic sources.
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4.2.1 ENPs Produced from Emerging Sources

Before going into the details of the ENPs, this is important to define the use of this
term in the context of this article. The International Standard Organisation (ISO/TC
146/SC 2/WG1 N 320) defines these as ““a particle with a nominal diameter smaller
than about 100 nm.” The ENP is a widely accepted term to represent those
nanoparticles originating from various manufacturing or engineering processes.
This is used to make these nanoparticles distinct from those originating from fossil
fuel combustion sources such as vehicles or industries [4].

Due to ever-growing use of nanomaterials in consumer products, unintentional
release of airborne ENPs can occur into the atmospheric environment during their
use or production in commercial and research units. A review by Aitken et al. [52]
summarised that there are four main production processes (gas-phase, vapour
deposition, colloidal and attrition), and these all can result in exposure by inhala-
tion, dermal or ingestion routes. Studies report that more than 15% of all products
globally will incorporate nanotechnology in them during their manufacture, with a
value of about $1 trillion per year by 2015 [53, 54]. Similarly, a recent review by
Peralta-Videa et al. [55] reported that due to ever-increasing demand for consumer
electronics and household cleaning products, revenues for nanotechnology and
nanomaterials in consumer products were approximately US $1,545 million in
2009 which is expected to increase to $5,335 million by 2015.

Use of nanotechnology has surely improved the capabilities of current products in
many areas such as biotechnology, biomedical, energy, catalytic, electronics, packing
and logistics and cosmetics, etc. [56]. As a by-product of their use, it has also been
found that nano-sized materials can escape into the environment during manufacture,
use and disposal of ENP-integrated products [57, 58]. Their physico-chemical
characteristics differ in an adverse manner to the nanoparticles produced by vehicles
[4]. For instance, ENPs are generally solid, non-volatile and can be in different shapes
and sizes (round or having large aspect ratios, e.g. nanotubes, nanopillars, nanowires,
nanospheres, nanocubes). They can remain suspended for a relatively longer time in
air and are available for inhalation, hence increasing the chances of human exposure
and health risks [59]. This is mainly because of their small sizes contributing to
negligible gravitational settling. Once separated, properties of individual ENPs can
be substantially different from their bulk counterpart in terms of having high surface/
volume ratio and changes in optical, electrical, reactive and physico-chemical
properties [55, 60]. Consequently, their exposure can cause adverse effect on human
health, resulting in demands to develop health and safety regulations associated with
nanotechnology integrated products. A thorough hazard assessment of all ENP-
integrated products may take 10s of years, e.g. 30-50 years for USA only [61], and
this time will increase as the new nanomaterials emerge [55].

Production of ENPs can be categorised by two approaches: top-down and
bottom-up [62]. The first category includes the processes which start with a bulk
material and then break into smaller pieces due to the influence of some sort of
energy. These processes are high-energy ball milling, mechanochemical processing,
etching, electro-explosion, sonication, sputtering and laser ablation [14]. The second
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category includes synthesis of material from the atomic or molecular level by growth
and assembly to form the desired ENPs through sol-gel, aerosol routes, chemical
vapour deposition, plasma or flame spraying, laser pyrolysis, atomic or molecular
condensation, supercritical fluid, spinning and self-assembly processes [14]. The
major classes of these particles produced by above processes fall in the category of
fullerenes, carbon nanotubes, metal oxides (e.g. oxides of iron and zinc, titania,
ceria) and metal nanoparticles. BSI [63] provides categorisation of nanomaterials
into four main following groups:

» Fibrous (i.e. insoluble nanomaterials with high aspect ratio)

¢ CMAR (i.e. any nanomaterial which is already classified in its larger particle
form as carcinogenetic (C), mutagenic (M), asthmagenic (A) or a reproductive
toxin (R))

» Insoluble (i.e. insoluble or poorly soluble nanomaterials not in the fibrous or
CMAR category)

¢ Soluble (i.e. nanomaterials not in fibrous or CMAR category)

This document [63] also suggests exposure control measures in the following
hierarchical form: eliminate (i.e. avoid using hazardous substance), substitute (i.e.
replace with less risky material), enclose (i.e. perform operations in enclosed
cabins), engineering control (i.e. carrying out potential dust formation processes
with extract ventilation), procedural control (i.e. limiting the number of personnel
exposed, their time and the process to specified areas), and personal protective
equipment (i.e. use of protection measures to limit inhalation and dermal exposure).

One of the questions to address on this topic is: what are concentrations of
airborne ENPs in indoor (i.e. at work places) and outdoor (i.e. ambient)
environments? Few studies can be identified that have monitored the ambient
concentrations of airborne ENPs in workplaces and indicated their increased
concentrations near the production site, especially during their handling [58, 64,
65]. As highlighted by Morawska [22], even a slight increase in ENP concentrations
is important from a health perspective but currently available literature does not
provide an opportunity to generalise their results and form conclusive answers
about the level of exposure. Furthermore, there is scarcely any study available
which addresses the latter part of the above question. This is because once the ENPs
are dispersed into the outdoor environments, the capability of currently available
instrumentation for nanoparticle measurements [2] is not sufficient to apportion
them from other nanoparticles in real time. However, ENPs can be apportioned
from other nanoparticles through indirect methods such as modelling [66] or
through physical and chemical characterisation in the laboratory [16]. A rare
study on this topic by Muller and Nowack [66] derived information on ENP (silver,
titanium oxide and carbon nanotubes) mass concentrations by differentiating from
other nanoparticles in the ambient environment of Switzerland in the range of about
107%-10° ug m . To date, no study has reported ambient concentrations of ENPs
on a number basis. There is certainly a need for better instrumentation which can
measure the ENPs, as distinct from other nanoparticles, and an increased number of
studies measuring the number and size distributions in both indoor and outdoor
environments are needed for reporting accurate ambient concentrations.
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Future Research Directions

Understanding of the safe design and use of airborne ENPs and their health and
environmental related impacts is still in its infancy. There are still numerous
questions to be answered. Few of them were highlighted by Kumar et al. [4] as:
(1) do the characteristics of the ENPs differ from those of other airborne
nanoparticles? (2) should the ENPs be regarded as an ENPs, especially in outdoor
environments? (3) what should be an appropriate measurement metric to represent
their health impacts? (4) can the same instruments be applied to measure airborne
ENPs and other nanoparticles? (5) are the dispersion characteristics of ENPs and
other nanoparticles similar? and (6) is exposure of ENPs a major concern? Further,
Morawska [22] extended the list of questions related to the exposure of ENPs to: (7)
are the particles in the nano-size range more toxic than larger particles of the same
material? (8) does the surface chemistry of the lung alter the toxicity of inhaled
particles? (9) do nano-fibres pose the same risk as toxic fibres such as quartz and
asbestos? and (10) do the currently deployed methods assess the health risk
appropriately? Currently, most of the above questions cannot be answered precisely
until more comprehensive information on these topics becomes available. Descrip-
tion of the various aspects of the ENPs is discussed in a nutshell here due to brevity
reasons but further details related to sources, characteristics, toxicity, physical and
chemical interactions of ENPs can be found in recent reviews by Handy et al. [67,
68], Valant et al. [69], Bystrzejewska-Piotrowska et al. [70], Ju-Nam and Lead [16],
Kumar et al. [4] and Peralta-Videa et al. [55].

4.2.2 Road Vehicles and Other Anthropogenic Sources

Numerous studies based on the mass metric show that vehicular sources can
comprise up to 80% of total PM;( and/or PMj, 5 in urban areas [71-77]. Similarly,
road vehicles dominate with their contribution towards the total PNCs in urban
environments. These can contribute up to 86% of total PNCs in the polluted urban
environment depending on the measurement location, meteorological and traffic
conditions [2, 18, 19, 78]. A majority of these PNCs generally fall below 300 nm
diameter [79-82]. While most of the PNCs are contributed by particles in the
ultrafine size range (i.e. <100 nm), majority of the mass concentrations are
contributed by particles over 100 nm in size [27]. For instance, Charron and
Harrison [31] observed about 71-95% of total PNCs in central London in the
11-100 nm size range. There can be an appreciable contribution from particles
below 10 nm, mainly arising from secondary formation, towards the total PNCs
[83]. For example, Shi et al. [84] found this contribution between 36% and 44% at
roadsides in Birmingham, UK. This contribution was between 16% and 24% in the
3—-10 nm range in Leipzig, Germany [85], and between 4% and 12% in Cambridge,
UK for the 5-10 nm size range [44].

Other anthropogenic sources of nanoparticles can include: brake and tyre wear
[40], industrial emissions such as from power plants [86], idling, taxiing and
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take-off from aircraft at airports [87, 88], ship journeys from ports or harbours [89],
construction, demolition or recycling of concrete [29, 90, 91] or cooking [92],
biomass burning, fuel combustion during gardening, waste incineration, agriculture
processes, cigarette smoke and fugitive emissions [23]. We have not covered these
sources in detail here as their influence is either more localised or site specific. Their
individual contribution is likely to be relatively small in urban areas in comparison
with strong nanoparticle sources (e.g. road vehicles). Figure 2 illustrates results of
two recent source apportionment studies indicating typical contributions of various
sources towards the total PNCs along the roadside at Marylebone road in London
[19] and urban background site in Barcelona [18]. Further details on aforemen-
tioned sources can be seen elsewhere [2, 21, 23].

5 Airborne Nanoparticle Concentrations in European Cities

A review of recent nanoparticle studies is carried out, covering about 45 different
locations within 30 and 15 European cities and countries, respectively. The
reviewed PNC data have been classified into two categories: (1) roadside (i.e.
measurement locations situated along the freeways, roadsides, curbsides,
crossroads in city centres or street canyons) and (2) urban background (i.e. mea-
surement locations situated at 10s of metres away from the roads, highways or at the
rooftops of buildings). Table 1 provides a comprehensive summary of the name of
country, study location and year, measured size range and instrument used along
with the original source of this information. Figures 3 and 4 give a summary of
average PNCs in roadside and urban background environments in various European
cities, respectively. Birmingham (1.70 x 10° cm ™) and Zurich (8.0 x 10* cm™>)
sites in the UK and Switzerland, respectively, appear to demonstrate the most
polluted roadside sites; Zurich (3.50 x 10* cm_3) also falls in the same category
for an urban background site, although these are now relatively old studies and it is
likely that PNC have decreased since that time. Antwerp (1.24 4= 0.91 x 10*cm ™)
and Prague (0.72 x 10* cm ™) seem to have least polluted roadside and urban
background sites, respectively. Average PNCs at roadside are about 2.4 times
higher than the average PNCs at the urban background sites. This ratio is based
on a global average over all the European sites and is comparable to those found
during individual local studies. For instance, a recent study by Reche et al. [93]
reported PNCs at roadside (Marylebone Road) and urban background (North
Kensington) sites in London; their roadside to background PNC ratio turns out to
be about 1.83.

Average roadside PNCs (i.e. 3.82 + 3.25 x 10* cm ™) show a great range of
variability, showing over an order of magnitude (~14 times) difference between the
minimum and maximum PNCs (Fig. 4). This difference, however, comes down to
~5 times if we ignore the PNC values measured at the Birmingham site during
1996-1997. This variability can be explained by many dissimilar factors acting on
different sites such as: position of sampling head, type of fuel used in the vehicles in
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a Urban Urban
Urban background background
background (solid (regional) (cooking)
fuel/nitrate) 5.7% 6.6%
2.0%

Urban
background (sub
urban traffic)
7.6%

Urban
background
(accumulation
mode)
6.3%

Exhaust (solid
mode)
38.0%

Resuspension
4.8%

Brake dust

1.7% Exhaust

(nucleation mode)
27.4%

Unaccounted
b Regional/urban 3%

background
24%

Photochemically "
induced =
nucleation fame
3%

Sea spray
2%

Industrial source
2%
Vehicle exhaust
65%
Mineral dust
1%

Fig. 2 Typical contribution of various sources towards (a) roadside PNCs in the 14.9-10,000 nm
size range London, and (b) urban background PNCs in the 13—-800 nm size range in Barcelona.
Roadside and urban background data has been taken from Harrison et al. [19] and Pey et al. [18],
respectively

different years, meteorological conditions, traffic density, minimum and maximum
cut-off size by instruments used for measurements, sampling duration, averaging
time of samples, year of study, and the type and length of sampling tubes used and
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Fig. 3 Typical average PNCs at roadside environments in various European cities. Data has been
taken from the references listed in Table 1

treatment for particle losses within them (see Table 1). Highest PNCs are found to
be on the sampling location adjacent to the roadside having a high traffic volume
(i.e. at Birmingham and Zurich sites), where the vehicle sources are close to the
sampling location. It is also worth nothing that even though traffic is the main
source of PNCs, new particle formation by photochemistry in Mediterranean
regions may also be a significant source [93]. This is clearly evident from Fig. 3
that Barcelona shows the fourth highest PNC despite the fact that the sampling
station is near traffic, but not such a roadside location as Marylebone Road in
London or Zurich. The ultrafine size range of particles contributes about 80% of the
PNCs and their concentrations are elevated near the sources, majorly contributing
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Fig. 4 Typical urban background average PNCs in different European cities. Data has been taken
from the references listed in Table 1

towards this variability [2]. Furthermore, this difference can be caused by the fuel
type in different years. For example, a reduction in ultrafine size range has been
experienced in recent years compared with the late 1990s or early 2000s in some of
the European cities due to a reduction in sulphur content in fuel and use of emission
control technology (e.g. oxidation catalytic convertors, diesel particulate filters) in
modern vehicles. Wahlin [94] reported a 27% decrease in PNCs in the 6-700 nm
size range on a busy street in Copenhagen in the period 2005-2007 compared with
2002-2004 levels due to implementation of reduced sulphur contents (from 30-50
to 67 ppm) in 2005. If we consider the use of cleaner fuels, stricter emission
control technologies and regulation policies (e.g. Euro-5 and Euro-6 emission
standards) in recent years, a reduction in airborne nanoparticles is expected with
the passage of time. This trend is somewhere reflected by both the roadside and
background PNCs plotted in Figs. 3 and 4 if we consider them in conjunction with
the study years mentioned in Table 1. For instance, Harrison and Jones [95]
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measured monthly average roadside concentrations at the Marylebone Road
supersite in London during 2001 up to 1.17 x 10° cm™> compared with
222 +£1.29 x 10 ecm ™3 reported by Reche et al. [93] for 2009 for the same site.

Urban background PNCs show quite consistent values (1.63 + 0.82 x 10*
cm ) despite having several uncertainties derived by the measured size range,
sampling locations, meteorological and traffic conditions (Fig. 4). Furthermore, it
should be noted that all these studies were conducted in different years which could
have influenced the nanoparticle emissions from the vehicles continuously
experiencing changes in fuel type and strict control measures (see Table 1). All
these factors lead to dissimilar conditions for comparison. Despite this, a difference
between the minimum (Prague) and maximum (Zurich) PNCs at different locations
was found to be within a factor of 5, which is quite plausible considering the
dynamic nature of airborne nanoparticles influenced by atmospheric processes
[26, 96].

6 Exposure Assessment: Respiratory Deposition Doses

A UK government report entitled Air Quality Strategy 2007 for England, Scotland,
Wales and Northern Ireland estimated an average loss of 7-8 months in life
expectancy to UK residents, with equivalent health costs of about £20 billion per
year due to PM, s exposure. Such figures are not available separately for the
nanoparticulate fraction. The estimate of health costs is based upon the chronic
effects of exposure to PM, 5 mass. Since comparable epidemiological studies have
not been conducted using ultrafine particle concentrations, it is unclear whether
such an estimate includes the impact of nanoparticles, or whether such an impact is
not captured by the use of the PM, s particle metric. Atkinson et al. [97] have shown
in a time series epidemiological study that PNC and particle mass metrics are
predictive of different health outcomes, and Harrison et al. [98] have shown that
measurements of particle mass concentrations do not well describe particle
exposures to ultrafine particles. Likewise, Morawska et al. [99] reported a lack of
relationship between number and mass concentrations for submicrometer airborne
particles. Once inhaled, nanoparticles can lead to detrimental health effects such as
oxidative stress, pulmonary inflammation and cardiovascular events [9]. Besides
the nasal and mouth passages, they can enter the body through the skin and can also
penetrate epithelial cells and accumulate in lymph nodes [100]. However,
uncertainties still exist on the exact biological mechanism through which
nanoparticles cause disease or death. Neither is there adequate knowledge of any
safe quantities of ambient PNCs for inhalation nor the levels of harmless deposition
doses, if any.

Inhalation dosimetry plays a vital role in determining the links between exposure
and human health effects. In the following paragraph, preliminary estimates of
respiratory deposition doses are made for indicating exposure—response-doses at
various European locations. These estimates are made based on the observed
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typical roadside PNCs (Fig. 3) for the condition of light exercise; the volume of
inhaled air by an adult men is considered as 1.5 m’ h_1[30]. Information on size-
resolved PNDs is required for making accurate deposition estimates but here we
have assumed a total respiratory deposition fraction as 0.63 £ 0.03, as is used in
recent exposure studies [101]. The reason for adopting this deposited fraction for
our estimates is that this comes out to be nearly identical if compute this for particle
size distributions with the typical roadside PND data that: (1) assume two main
particle modes having mean geometrical diameters as 16 nm (with ~65% of total
PNCs) and 65 nm (with 35% of total PNCs) [79], (2) respiratory deposited fraction
using ICRP curves as ~0.82 and 0.36 at 16 and 65 nm diameter, respectively [102]
and (3) then the resulting weighted average of deposited fraction from (1) and (2)
turns out to be 0.66.

Average respiratory deposition doses over the studies presented in Fig. 5 are
estimated as 3.61 + 0.17 x 10'"h™"; these come down t0 3.07 & 0.17 x 10'°h™"
if we ignore values of a pre-2000 study carried out in Birmingham. Since we did not
have the PNDs available for each study and the deposition doses are estimated
based on the total PNCs, these follow the same expected trend as is seen in Fig. 3 for
roadside PNCs. For instance, smallest deposition doses (1.17 £ 0.06 X 101°h™ 1)
were found for Antwerp (Belgium) corresponding to the lowest PNCs (1.24 +
0.91 x 10* cm™?) among all locations. After Birmingham, largest deposition doses
were for Zurich showing ~6.5 times larger than those for Antwerp.

It is worth noting that these estimates should be taken as indicative figures since
these may change depending on the nature of emission sources that can affect the
particle number and size distributions, and the type and condition of population
exposed (i.e. children, male, female or elderly adults; inhalation conditions such as
at rest, light or heavy exercise) which can affect the values of deposited fraction.
However, the computed range (1.17-7.56 x 10'® h™") of deposition estimates
seems to cover reasonably well the similar estimates made for road emissions
exposure in different urban compartments. For example, we changed the deposition
doses estimated by Int Panis et al. [101] in “# m™ " to “# h™'” by multiplying the
route length with the deposition doses (# m™'), and then dividing the resulting
product by the time taken (h™") to cover this route. These estimates for a typical car
journey in Brussels were found to be 1.54 x 10'° h™! which falls within the range
estimated by our study for roadside European locations.

7 Regulatory Measures for Atmospheric Nanoparticles

There is currently no air quality regulation in Europe or any other part of the world
to control the ambient concentrations of particles on a number basis. However,
particle numbers are currently being regulated at vehicle tailpipe exhausts through
Euro-5 and Euro-6 emission standards [103]. These are the first ever limits of this
kind, though only applicable in Europe, to control the emissions of particle numbers
at source. These standards include a lower size limit of 23 nm for minimising the
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Fig. 5 Typical respiratory deposition doses in different European cities. Standard deviation
values are derived used the average PNCs plotted in Fig. 3 and the standard deviation values of
deposition fraction (i.e. +0.03)

effects of both small volatile particles and diffusion losses during sampling [80],
and a requirement to remove volatile particles (through heating and dilution) to
avoid large variations in the results. Vehicle emission standards will certainly help
in reducing the total PNCs in ambient European environments but similar ambient
air quality standards for airborne nanoparticles are desirable to limit public expo-
sure. However, such regulations seem to be some way off because of a number of
practical and technical constraints [27]. These include lack of harmonisation of
evidence between the toxicological and epidemiological studies favouring particle
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numbers as a metric over others such as surface area or chemical composition.
Further concerns include lack of standardisation of the key measurement
parameters, including sampling, which is necessary for robust evaluation of
PNCs [27]. What should be the lower cut-off size for particles for ambient
regulations is another question. Adopting 23 nm lower cut-off size as in the
Euro vehicle emission standards will leave out over one third of total ambient
PNCs, as highlighted in above sections. Variations in PNCs can be easily up to
two orders of magnitude or more between the background and roadside
environments [2, 21], raising a question about choosing an appropriate limit
value which can address this remarkable spatial variation seen at different
locations (i.e. at road, roadside, street canyons) within an urban area. A further
question can be raised on appropriate sampling height that can represent exposure
to the entire population living at a particular location (i.e. at ground floor or
above); past studies have shown appreciable changes in PNCs near the road level
within about the first 2 m and then decreased concentrations as move upward
from the road surface [79, 104].

At present, there is no agreed safe threshold limit for exposure to ambient
nanoparticles due to the lack of a sufficient knowledge on the exposure—response
relationships, making developing any regulatory framework even harder. Vehicle
emissions can increase the PNCs up to an order of magnitude higher in urban
environments compared with natural environments, meaning that future control and
management strategies should target a decrease of PNCs in urban environments
by more than one order of magnitude which is not a trivial task [21]. Last but not
the least, other challenges can include an adequate treatment of PNC peaks which
can arise due to secondary particle formation, enhancing the complexity whether
the regulations should be set around the baseline PNCs without taking into account
the peak PNCs, or should include the peaks which needs to be defined first [21].
All the aforementioned questions warrant further research and some definite
answers before any regulatory framework is proposed.

8 Synthesis and Future Work

A considerable amount of development has happened in the last two decades in the
area of measurements, dispersion modelling and exposure assessment studies
related to airborne nanoparticles. This is clearly evident from the ever-increasing
number of published studies in Europe, and elsewhere in general. This study
presented PNCs over 45 sampling locations covering about 30 cities and
15 European countries. While reviewing the literature, it was felt that there are
still a number of European countries where nanoparticle-related studies are scarce.

Airborne nanoparticles empirically fit well to log normal distributions and
exhibit bimodal distributions in atmospheric urban environments. These arise
from both natural and anthropogenic sources. Road vehicles remain a dominant
source, contributing up to 90% of total PNCs, in polluted urban environments.
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ENPs are emerging class of airborne nanoparticles having a main impact on the air
quality of indoor environments; these are unintentionally released into the ambient
environment during the manufacture (commercial or research), handling, use or
disposal of nanomaterials integrated products. Their physical and chemical
characteristics differ from other nanoparticles produced through traffic [4]. The
health consequences of their inhalation are not yet well known. A number of studies
have reported their number concentrations and size distributions in workplaces but
their concentrations in ambient urban environments are largely unknown and
warrant further research. Adequate methods have yet to be developed to quantify
them in the presence of nanoparticles from other sources.

Closer inspection of the PNC studies at various European locations indicates a
factor of ~2.4 differences between the overall average PNCs at roadside and
urban background locations. As expected, roadside PNCs exhibit higher
concentrations and up to a factor of 14 differences between the PNCs observed
at different roadside locations. Such a difference is nearly one-third (i.e. ~5 times)
of roadside PNCs for urban background sites. Sites in Birmingham and
Zurich appear to show highest PNCs among all the roadside sites in Europe
while Antwerp site seems to be the cleanest one among all other sites (Fig. 3).
However, changes in concentrations over time complicate such cross-sectional
inter-comparisons. Among the reviewed European locations, Zurich and Prague
seem to show the most and the least polluted urban background sites, respectively
(Fig. 4).

Deposition doses in the human respiratory system were estimated based on the
roadside PNCs in various locations. These showed the similar trend to the
roadside PNCs since the dose estimates did not take into account the size
distributions of particles at each site. Average deposition doses over all the
considered locations were found to be 3.61 & 0.17 x 10'° h™! for male subjects,
with exceptionally high values (1.61 + 0.08 x 10'' h™") for site at Birmingham
where the study was carried out along the roadside about 15 years ago (i.e. in
1996-1997).

Nanoparticle emissions are progressively being controlled at source in Euro-
pean countries through the Euro-5 and Euro-6 emission standards. However, there
are currently no air quality regulations for airborne nanoparticles available in any
part of the world for controlling exposure at the receptor. As discussed in various
sections of this review chapter, there are still a number of practical and technical
constraints to overcome before any regulatory framework for atmospheric
nanoparticles can be put in practice. Some of the key additional challenges with
respect to emerging novel pollutants such as ENPs may include: (1) quantification
of the mass and number concentrations of ENPs in the presence of nanoparticles
from other sources such as traffic and (2) establishing exposure—response
functions for human health effects of different types of nanomaterials upon
inhalation.
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