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Preface

The Developments in Paleoenvironmental Research book series has thus far cov-
ered a wide spectrum of paleoenvironmental subjects, some of which have included
examples of studies using natural archives of contaminants. However, given the
growing interest and development of approaches used in this area, we believed it
was an opportune time to collate summaries of some of these sub-disciplines into a
single volume.

This book aims to provide a review of recent developments in the study of natu-
ral archives to resolve the timing and magnitude of environmental contaminants.
Natural archives have tremendous potential to resolve the human footprint on the
environment, but experience has shown that these archives must be examined with
an understanding of the processes that may shape and modify the historical record.
We have asked all contributing authors to bring these issues to bear, and we devote
several chapters to discuss how external and internal processes may modify the
historical record in sediments, specifically focusing on hydrology, geochemistry,
and physical turbulence.

Our intent with this book was to provide a review of sufficient breadth and depth
to serve both seasoned practitioners of the field, as well as newcomers. We strived
to make the writing accessible to a general audience that could serve as a text for
graduate courses as well as a reference for those actively participating in the field.
The vast literature that utilizes natural archives to determine the timing and magni-
tude of pollutants spans a broad spectrum, including cores collected from ice, peat,
lake and marine sediments, to sclerontological archives and museum specimens
spanning centuries. This book spans this full range of natural archives, and will
hopefully be useful to those who are curious about recent developments in these
related fields. Ultimately, a strong proof of concept for the use of natural archives is
to determine the concordance of separate lines of evidence as recorded in different
kinds of archives, and this book aims to provide a platform to facilitate those kinds
of comparisons.

Many people helped with the planning, development, and final production of
this book. We would like to acknowledge the hard work and professionalism of
our many reviewers, who provided constructive comments on earlier drafts of
the manuscripts. We would also like to acknowledge the assistance we received
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from our publishers, and especially the efforts and encouragement from our main
Springer colleagues—Judith Terpos and Sherestha Saini. Thanks are also due to our
host institutions and our funding sources, which helped facilitate our academic en-
deavours. We also gratefully acknowledge a variety of publishers and authors who
allowed us to reproduce previously published figures. Foremost, we would like to
thank the authors for their hard work.
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Using Natural Archives to Track Sources
and Long-Term Trends of Pollution:
An Introduction

Jules M. Blais, Michael R. Rosen and John P. Smol

Abstract This book explores the myriad ways that environmental archives can
be used to study the distribution and long-term trajectories of contaminants. The
volume first focuses on reviews that examine the integrity of the historic record,
including factors related to hydrology, post-depositional diffusion, and mixing pro-
cesses. This is followed by a series of chapters dealing with the diverse archives
available for long-term studies of environmental pollution.

Keywords Environmental archives - Sediments - Contaminants * Pollution -
Metals - Mercury - Persistent organic pollutants - Long-term trends

We live in a constantly changing environment. Some changes are natural, but many
can be closely linked to human activities such as urban, mining, agriculture, and
other aspects of industrial development. Throughout most of human history, our
population was too small, scattered and technologically undeveloped to markedly
influence our local environment. However, as our technological skills and tools
developed and population size increased, so also did our influence on ecological
systems. As Crutzen and Stoermer (2000) noted, the human footprint is now ev-
erywhere, so much so that the designation of a new geological epoch, the Anthro-
pocene or the period of human-dominated Earth history, appears to be appropriate.

One of the biggest challenges faced by environmental scientists and their efforts
to provide evidence-based recommendations to policy-makers is the lack of long-
term monitoring information or the lack of understanding of pre-disturbed condi-
tions. Much like arriving at the scene of an accident after-the-fact, environmental
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2 J. M. Blais et al.

studies are usually initiated only affer an environmental problem has been recog-
nized. Fortunately, all around us, there are natural archives of environmental change
(e.g., sediments, growth rings, ice and peat cores) that are passively documenting
the environment for us. For example, many of the volumes in the Developments
in Paleoenvironmental Research (DPER) book series deal with various aspects
of these historic records. Much has been gained from these paleoenvironmental
perspectives, helping researchers disentangle natural from anthropogenic changes
within the complex world we live in.

This DPER volume focuses on the tremendous library of information available
in environmental archives for the study of contamination. Ever since humans har-
nessed fire and began agricultural practices, we began producing and affecting the
transport and fate of pollutants. All environmental problems have a history, and
this history is often critical to understand for effective ecosystem management. For
example, due to the lack of direct monitoring data, it is often difficult to assess if
in fact environmental conditions have changed, and if so, how much, when, and
why? Can the influence of humans be detected, or are the changes due to natural
processes? What are natural or baseline (reference) conditions and how much im-
provement can be expected upon contaminant remediation? Each of these questions
has a temporal component associated with it but, because of the limited availability
of monitoring data, we must make use of indirect, proxy methods, such as those
summarized in this book.

The volume consists of 17 chapters, broadly encompassing three main subject
areas. Following this short introduction, the first cluster of reviews consists of three
chapters related to the integrity of the historic record in sediment profiles. The re-
sponsible use and interpretation of natural archives must be done with an under-
standing of how external and internal processes may modify the historic record.
This section devotes attention to these important issues with chapters emphasizing
the effects of hydrology, post-depositional diffusion, and physical mixing on the
sediment record.

The second portion of the book contains eight chapters that review recent devel-
opments in the use of sedimentary archives to resolve: the effect of contaminants
released during the Permian Extinction on marine life preserved in sedimentary
deposits over 250 million years ago; temporal and spatial distribution patterns of
metals in pre-industrial era sediments; temporal changes in metal accumulations
from post-industrial mining and other industrial activities; temporal changes in or-
ganic pollutants caused by changes in the use of these pollutants; the distribution
and source of contaminant particles such as fly ash; and the pathways for long-range
transport of contaminants to the Arctic and mountain regions.

The third cluster of reviews contains five chapters that expand the scope of the
historic environmental records to include natural archives that are not necessarily
derived from sediment including peat cores, sclerochronological archives, ice cores,
museum specimens, and contaminant transport by migratory animals, or biovectors.

We conclude the book with a short chapter summarizing some final thoughts on
future avenues of research.
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The continued success of research into the historic record preserved in natural
archives will depend on interdisciplinary approaches to investigate the potential use
and reliability of natural deposits to record historic events over the span of years
to millennia and beyond. This book is intended to provide an overview of recent
developments to both experienced researchers and to those new to the field. We
hope that the book will inspire continued cutting-edge dialogue into this important
line of inquiry.
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The Influence of Hydrology on Lacustrine
Sediment Contaminant Records

Michael R. Rosen

Abstract The way water flows to a lake, through streams, as runoff, or as ground-
water, can control the distribution and mass of sediment and contaminants depos-
ited. Whether a lake is large or small, deep or shallow, open or closed, the movement
of water to a lake and the circulation patterns of water within a lake control how and
where sediment and contaminants are deposited. Particle-associated contaminants
may stay close to the input source of contamination or be transported by currents
to bathymetric lows. A complex morphology of the lake bottom or shoreline can
also affect how contaminants will be distributed. Dissolved contaminants may be
widely dispersed in smaller lakes, but may be diluted in large lakes away from the
source. Although dissolved contaminants may not be deposited in lake sediments,
the impact of dissolved contaminants (such as nitrogen) may be reflected by the
ecosystem. For instance, increased phosphorus and nitrogen may increase organic
content or algal biomass, and contribute to eutrophication of the lake over time.
Changes in oxidation-reduction potential at the sediment-water interface may either
release some contaminants to the water column or conversely deposit other con-
taminants to the sediment depending on the compound’s chemical characteristics.
Changes in land use generally affect the hydrology of the watershed surrounding a
lake, providing more runoff if soil binding vegetation is removed or if more imper-
vious cover (roads and buildings) is increased. Groundwater inputs may change if
pumping of the aquifer connected to the lake occurs. Even if groundwater is only a
small portion of the volume of water entering a lake, if contaminant concentrations
in the aquifer are high compared to surface water inputs, the mass of contaminants
from groundwater may be as, or more, important than surface water contributions.

Keywords Hydrology - Lake sediments - Contaminants - Surface water -
Groundwater * Organic pollutants - Inorganic pollutants

M. R. Rosen (D<)
U.S. Geological Survey, 2730 North Deer Run Road, Carson City, NV 89701, USA
e-mail: mrosen@usgs.gov

© Springer Science+Business Media Dordrecht 2015 5
J. M. Blais et al. (eds.), Environmental Contaminants, Developments in
Paleoenvironmental Research 18, DOI 10.1007/978-94-017-9541-8_2



6 M. R. Rosen

Introduction

Contamination of sediments (both marine and lacustrine) can cause chronic health
issues or can be toxic to aquatic organisms and animals that feed on aquatic organ-
isms (Malins et al. 1984; Adams et al. 1992; Long et al. 1995). This can be caused
by bioaccumulation through the foodweb, or by directly ingesting contaminated
sediment while feeding. Where contaminated sediment comes to rest in a lake is
largely the result of hydrological processes that contribute sediment to the lake. Yet,
the role that natural or human-induced hydrologic changes in a lake basin plays in
the development of the contaminant history of lake systems is often only indirectly
assessed through analysis of mass accumulation rates, sediment focusing, or chang-
es in land use. Seasonal or long-term changes in hydrology (changes in circulation
patterns, sediment input from rivers, lake levels, or stratification), either natural or
human caused, may impact contaminant concentrations in lakebed sediments and
may change distribution patterns of contaminants spatially within a lake. Although
sedimentary archives of lakes are often used to understand regional or local climate
change, evidence of hydrological changes are often preserved that can be used to
determine changes in inflow, lake level, precipitation, or groundwater input (i.e.
Bradbury et al. 1989; Benson et al. 1991; Arnaud et al. 2005). These changes can
be used to track locally derived pollution in the watershed (Spliethoff and Hemond
1996), diagenesis of metals deposited with the sediment (Callender 2000), and con-
strain interpretations of pollution from outside local areas (Blais 2005; Mahler et al.
2006; Chalmers et al. 2007).

Contaminant deposition in lake sediments can vary depending on the hydrology
of the lake and the chemistry of the contaminants (Fig. 1). Local or regional input
from rivers and groundwater, or regional to global input from atmospheric sources,
may be able to be differentiated in lake deposits with careful observation. Some con-
taminants, such as nitrates or pharmaceuticals, are more water soluble (hydrophilic)
than other contaminants that bind to organic matter or sediment (particle-associated,
hydrophobic, or lipophilic). Both particle-associated and hydrophilic contaminants
are able to move through groundwater depending on pore-throat sizes of the aquifer
material and the redox condition of the water, and enter lakes as non-point source
pollutants. Some metals that are soluble under anaerobic conditions in the ground-
water may precipitate in nearshore areas of the lake as the groundwater interacts
with the oxygenated lake water and the precipitates coat the sediment (Rosen et al.
2002). Hydrophilic compounds may not be directly present in the sedimentary re-
cord. However, contaminants such as nitrate may stimulate algal production in the
lake, increasing organic nitrogen content of the sediments (Herczeg et al. 2003).
Increased algal production due to nutrient inputs may lead to deposition of different
species of diatoms (Fritz 1989; Hall and Smol 2010) or other algae, and ultimately
lead to eutrophication of the lake. Increased nutrient concentrations may then be
represented as increased biogenic silica concentrations in the lakebed sediment, or
increased total organic carbon or total nitrogen concentrations in the sediment.
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Fig. 1 Diagram of possible important hydrological sources of contaminants to a lake. Surface
runoff from cities can be due to paved surfaces and buildings, improperly impounded construction
sites, or overflowing sewers. Direct discharge may be from industrial sites or treated municipal
wastewater. Groundwater contaminants may accumulate near the discharge point or may circulate
throughout a lake if the contaminant is water soluble. Some contaminants may originate from
activities on the lake, such as boat traffic

The role that different hydrologic processes play in lake systems, such as ground-
water input, seasonal changes in watershed river flows, or human influences on the
hydrologic system, is controlled by many factors including the size of the lake and
watershed, the regional or local climate, the degree to which the basin is hydrologi-
cally open or closed, and the urbanization of a lake’s watershed. All of these factors
may change over time and be reflected vertically and spatially in the contaminant
archive preserved in the lake sediments. Therefore, except perhaps for lakes that
receive uniform inputs, spatially distributed sediment cores are likely to enhance
the interpretation of contaminant archives in lakes by providing information on the
hydrology of contaminant inputs. However, it has been demonstrated in man-made
reservoirs of various sizes that sediment distributions appear to be mostly controlled
by tributary inputs of sediments of different geologic origin (Abraham et al. 1999).
The overall variability in geologic source material and human-derived contaminants
implies that the uniform distribution of contaminants in a lake is unusual rather than
typical in all lakes. This chapter examines many of these hydrological influences
on contaminant records in lakes and illustrates how to utilize this information to
enhance interpretations of contaminant histories in lake sediments.
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Hydrologic Processes in Lake Systems

Hydrologic processes in lake systems vary in importance for the deposition of con-
taminants depending on climatic factors, relief of the basin, geology, and water-
shed and lake area (Fig. 2). In large, deep lakes', river inputs generally dominate
volumetrically over groundwater inputs (e.g. Schouten 1983; Quinn and Guerra
1986). This pattern is observed because the flow needed to maintain large lake sys-
tems must arrive quickly or lake levels would decline. Groundwater, which usually
moves slowly (feet per day to much longer time spans), generally is not capable of
sustaining deep lakes except in fractured rock or karst terrains where groundwater
flow is similar in volume to riverine input (Soler et al. 2007). During drought condi-
tions, most large lakes will shrink even though the flux of groundwater input may
actually increase during these times because the elevation between the groundwater
table and the lake becomes steeper (Winter 1999).

Although the volume of water entering a lake may be vastly greater from rivers
and overland flow in large lake systems, the mass of contaminants entering a lake
from groundwater flow may be important because concentrations in the groundwa-
ter may be much higher than in the surface water. In Lake Taupo, New Zealand, for
example, the volume of inflow from almost 30 rivers entering the lake and direct
rainfall onto the lake accounts for approximately 95 % of the water input (Schouten
1983). Yet, the mass of sodium and chloride in the lake is significantly lower in the
inflow than in the outflow from the lake, indicating an additional source of these
elements that is not included in the dominant freshwater inflows. Lake Taupo was
formed from volcanic eruptions and flows, and still has an active volcanic center.
Evidence of continued geothermal input to the bottom of the lake has been docu-
mented by sampling the deepest parts of the lake bottom (de Ronde et al. 2002).
Upward fluxes of Na, Cl and other constituents such as Hg, Sb, Au and S in current
and paleo-vent structures into the bottom of the lake indicates that geothermal fluids
contribute a large mass of constituents into the lake (Jones et al. 2007), even though
the water volume of the geothermal fluids has been calculated to be less than 1% of
the total inflow to the lake (Schouten 1983). In addition, cold groundwater has been
calculated to comprise less than 5% of the water inflow to Lake Taupo (Schouten
1983), yet the mass of nitrogen entering the lake from groundwater has been esti-
mated to be 20-30% of the total (Rosen 2002). Changes in land use from forestry
and natural habitats to sheep and dairy farming since 1960 have been linked to
declines in water clarity in the Lake, and a potentially large portion of this decrease
in clarity is likely to have come from groundwater nutrient inputs (Hadfield et al.
2001; Rosen 2002).

Conversely small and shallow (or deep) lakes may be dominated or highly influ-
enced by groundwater input (Winter 1976, 1999). Australian shallow coastal lakes
may be almost exclusively fed by groundwater (von der Borch 1975; Warren 1982;

! No attempt is made to quantify the terms large, deep, small or shallow lakes. This is because the
degree to which a hydrologic process is important will vary depending on the combination of these
measures of size.
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Rosen et al. 1996), and some deep (>50 m) but spatially small maar lakes around
the world are also supported mostly by groundwater (e.g. Russell 1885; Kebede
2013). In these types of lakes, water soluble contaminants (i.e. nutrients, major ions,
some metals, and organic compounds with low octanol-water partition coefficients
(K,,) of less than 3, may be transported through the groundwater (Burne and Moore
1987; Rosen et al. 1996; Vroblesky et al. 1991) or may come from regional atmo-
spheric inputs. Karst lakes may be dominated by regional or local groundwater flow
that may travel long distances before reaching a lake (Katz et al. 1995).

Steep watershed topography (the topography of the area surrounding the lake
that contributes runoff to the lake) or steep slopes of the lake basin (the slope of the
lake bottom) are likely to result in accelerated sediment accumulation rates com-
pared to more gently sloping areas. This may contribute particular architecture to
the sediment cores, such as turbidite intervals caused by severe storms or seismic
activity, or homogenites caused by rapid groundwater influx after heavy rainfall
(Osleger et al. 2009; Twichell et al. 2005; Valero-Garcés et al. 2014). Steep topogra-
phy can contribute sediment from less human-impacted areas of the watershed that
may dilute contaminant concentrations as it enters the lake. Therefore, knowledge
of the mass accumulation rates and potential for sediment focusing (see below)
need to be taken into account when assessing contaminant contributions from dif-
ferent sources.

Differences in Sedimentation Between Natural Lakes
and Reservoirs

Lakes and reservoirs have sometimes been considered to be synonymous because
processes such as internal mixing, redox reactions, nutrient cycling, and primary
production occur in both lakes and reservoirs (Thornton 1984). However, the vari-
ables driving these processes for lakes and reservoirs may not be identical so the
response of these two systems may be different. For example, the stream channel
up-gradient of the reservoir is likely to aggrade for some distance above the reser-
voir because of backwater effects on sediment transport. The formation and growth
of deltas accelerate and extend the process even farther upstream. Thus channel gra-
dients become flatter, channel cross sections become smaller, flooding occurs more
frequently, and drainage of floodplain lands is slowed due to reservoir sedimenta-
tion (Glymph 1973). Other factors that distinguish sedimentation in reservoirs ver-
sus natural lakes is that reservoirs often have greater drainage area (DA) to surface
area (SA) ratios, greater mean and maximum depths, greater shoreline development,
and larger areal water loads than natural lakes. The greater DA/SA ratio in particular
allows a potential for greater hydrologic and sediment (and contaminant) transport
and loading to reservoirs (Thornton 1984). The greater areal water load leads to
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shorter hydraulic residence time of reservoirs, and allows faster input of contami-
nants and the potential for greater accumulation (Thornton 1984). For example, at
Lake Mead, USA, sedimentation rates were high enough near Hoover Dam at Lake
Mead that another reservoir was constructed upstream near Page, Arizona (Lake
Powell) to control sedimentation rates in Lake Mead (Rosen and Van Metre 2010).

Many reservoirs, particularly large reservoirs, have been established in major
incised river valleys. Another example from Lake Mead illustrates this point. Lake
Mead was established by damming the well-entrenched Colorado River that had
formed deep canyons in the bedrock (including the Grand Canyon upstream of
Lake Mead). After the establishment of Hoover Dam, most of the sediment that had
flowed down the entrenched river course began accumulating in the reservoir near
the dam (Smith et al. 1960). However, sediment from the surrounding watershed
that was washed into the lake became focused into the deep paleo-river channels
(Twichell et al. 2005), with less than 1 m of sediment accumulating outside of the
deep paleo-channels (Turner et al. 2012). Therefore, sediment deposition in the lake
is non-uniform and leads to variable sedimentation patterns and thicknesses in the
reservoir. This may be important to consider for contaminant deposition in any res-
ervoir that dams a well-entrenched river.

In smaller reservoirs, sedimentation rates may be variable, with some annual
depositional rates that are at the high end for natural lakes (Einsele 2000). Sedimen-
tation rates can be high even in areas with low topographic gradients in the water-
shed. Measurement of sedimentation rates in eight small reservoirs with watershed
areas less than 52 km? in Kansas, USA, exhibited sedimentation rates between 0.14
and 9.7 mm/year (Juracek 2004). The topographic gradients in these watersheds are
relatively low and smaller watershed areas generally having the higher sedimenta-
tion rates. Some of these reservoirs were half-filled with sediment at the time of
the measurements, so some of these reservoirs are filling relatively quickly. Not all
small reservoirs have high sedimentations rates, but in many cases, reservoirs are
located in climatic areas where natural lakes don’t exist (Thornton 1984). This may
lead to high sedimentation rates because rivers in high topographic gradient regions
may carry high sediment loads, particularly during flood conditions. In low gradi-
ent areas, watersheds with highly erodible sediment that would naturally have been
carried downstream would be trapped behind dams.

Land Use Change as a Surrogate for Hydrology

Changes in land use within a lake’s watershed can dramatically affect the hydrology
of a lake. Yet, there are relatively few papers that specifically set out to determine
hydrologic changes in a watershed caused by human development over time, and
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without continuously recorded flow information, it is difficult to make this type of
assessment. However, changes in land use over time can be used as a surrogate for
changes in hydrology. Deforestation of a watershed (Fritz 1989) and changes in ag-
ricultural practices (Jacob et al. 2009) can lead to more erosion and runoff entering
a lake and will also likely increase stream flow as well (Glade 2003). Irrigation for
crops in arid areas may lead to a rise in the water table and increase groundwater
flow to a lake (Hutchinson 1937; Rush 1972). The development or growth of cities
in a watershed will likely increase runoff due to pavement and runoff from roof tops
(Lindstrom 2001; Chalmers et al. 2007). The use of stream flow or groundwater
for drinking water supplies or irrigation may reduce water flow to lakes (Paul and
Meyer 2001; Liu and Chen 2006).

The implementation of more sustainable land management practices in agricultur-
al or urban areas may subsequently decrease flows and contaminant inputs to lakes
(Makarewicz et al. 2009). Lakes that may have become larger due to increased runoff
or groundwater input, may shrink if land use practices change (Scott et al. 2011),
potentially impacting wildlife that have grown accustomed to the additional open
water. Therefore, it is important to consider the potential impact that various land use
changes (for better or for worse) may have on the sediment input to a lake and how
the hydrologic character of the lake may have changed independently of climate.

Sources of Contaminants

There may be multiple hydrologic sources of contaminants to a lake from rivers,
groundwater, biologic transportation to a lake, or atmospheric inputs. In this chap-
ter, only direct hydrologic inputs, surface water (including rivers, runoff and point
sources) and groundwater will be considered. Point sources, such as factories, leak-
ing pipelines, road runoff, wastewater discharge, and leaking landfills, as well as
non-point sources, such as agricultural chemical use, closely spaced septic systems,
regional smoke stack emissions, and land use change (Fig. 1) may deliver contami-
nants to lakes somewhat uniformly or in certain areas of lakes. Large lakes with
complex basin structure and shorelines and multiple riverine inputs will likely have
non-uniform contaminant inputs (e.g. Rosen and Van Metre 2010); whereas, atmo-
spheric contaminants may show relatively uniform distributions in lake sediments
(e.g. Heyvaert et al. 2000; Yang et al. 2002). In the following sections, examples of
different hydrological inputs are shown as well as post-depositional hydrological
changes that may change where sediments are located in lake basins. Contaminant
inputs from dry or wet fallout from atmospheric sources are not considered in this
chapter but are discussed in Korosi et al. (this volume), Kirk and Gleason (this vol-
ume), Catalan (this volume), Gabrielli and Vallelonga (this volume) and Kallenborn
(this volume). This is because the majority of rainfall will enter lakes through wa-
tershed hydrologic process (runoff, rivers, and groundwater) except in those ba-
sins that have extremely limited catchments. Where catchment size is exceptionally
small, groundwater may be the main source of water to the lake.
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River Inputs and Localized Sources

The most obvious way for contaminants to enter lakes is through runoff to rivers
or from direct point-source releases to rivers or lakes from industrial or municipal
wastewater. These types of releases may result in more localized sediment contami-
nation than atmospheric inputs because particulate-associated contaminants may
not cover the entire lake floor in large lakes. Large lakes and lakes with complex
shoreline morphology and multiple river inputs may also help to localize contami-
nant inputs because of uneven or variable lake bathymetry (e.g. Gewurtz et al. 2008;
Rosen and Van Metre 2010). Particulate-bound contaminants entering Lake Mead,
USA, from urban runoff, historical industrial complexes, and municipal wastewater
are generally confined to one bay (Las Vegas Bay) in the lake (Fig. 3) due to the
complex shape of the lake, circulation pattern, and relatively narrow passages be-
tween sub-basins. Although dissolved contaminants travel farther into the lake than
particulate-bound contaminants (Rosen et al. 2010), the highest concentrations of
particle-associated contaminants are found in Las Vegas Bay (Rosen and Van Metre
2010). For example, concentrations of DDE (dichlorodiphenyldichloroethylene),
a metabolite of DDT (dichlorodiphenyltrichloroethane), were found in cores from
Las Vegas Bay, but not in other areas of the lake (Rosen and Van Metre 2010). The
peak in concentration is later than in most areas because DDT was not used in Las
Vegas but was manufactured there close to Las Vegas Wash. Leaking holding ponds
and careless disposal of waste after the plant closed led to DDT entering Las Vegas
Wash. Concentrations declined after cleanup of the site in 1980 rather than after it
was banned from use in the early 1970s (Fig. 4).

In Lake Ontario, PCB concentrations were uniformly distributed in deeper sub-
basins of the lake, and lower concentrations were found in nearshore areas and areas
outside of these deep basins (Oliver et al. 1989). Earlier studies done when many of
the PCB generating industries were still operating showed the opposite trend, with
higher concentrations in the nearshore areas close to where the contaminants were
discharging from rivers. This change was attributed to the fact that these deeper
basins accumulate the long-term sediment and contaminant loads and the nearshore
loads may be ephemeral or perhaps buried. In addition, lake-wide circulation pat-
terns in morphologically simple large lakes, such as Lake Erie, may redistribute
local river inputs long distances from their source (Smirnov et al. 1998).

Industrial complexes may also release contaminants into localized areas of lakes
that are reflected in sediment cores near the source. Given enough time and suffi-
cient contaminant releases, these local inputs may affect the entire hydrology of the
lake (Rowell 1996). These changes may include changing the timing and duration
of stratification in a lake (Owens and Effler 1989) and changes in dissolved oxygen
content at the sediment-water interface due to differences in oxygen consumption
and release from the sediment over time (Matthews and Effler 2006). High ionic
strength wastes from an alkali plant that was located on the shores of Lake Onon-
daga in New York State, USA, from 1880 to 1986, increased the salinity of the lake,
prevented the lake from turning over in some years, and caused it to stay stratified
longer each year than it would have naturally (Owens and Effler 1989). Sediment
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Fig. 3 Map of Lake Mead showing 1998 coring sites from Rosen and Van Metre (2010) and sur-
face water total organic compound concentrations collected by semipermeable membrane devices
(hydrophobic compounds) and polar organic chemical integrative samplers (hydrophilic) reported
by Rosen et al. (2010). The greatest concentration of organic compounds is coming from Las
Vegas Wash downstream of the industrial complexes and wastewater treatment plants. Note that
both the hydrophilic and hydrophobic compounds extend more than 10 km out into the lake. The
relatively high concentration of hydrophobic compounds in Gregg Basin (GB) is likely from boat-
ing traffic on the lake at that time

cores taken in the north and south of the lake show similar patterns of calcium
carbonate increases caused by the influx of salts from the alkali plant located on
the western shore of the lake. In addition, metal and Hg contaminant patterns from
urbanization and steel manufacturing also show similar patterns throughout the lake
even though the dominant urbanization and industrial activities occur in the south
near the city of Syracuse (Rowell 1996). Although Onondaga Lake has two sub-
basins divided near the middle of the lake by a 2-3 m high sill, the outlet of the lake
is at the north end. This may explain why contaminant profiles in both sub-basins
are similar.

Direct hydrological change can lead to rapid eutrophication of the lake. Mathew-
es and D’ Auria (1982) used a combination of lake coring (metal and pollen analy-
sis), sediment trap data, and historical records to outline the contaminant history
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of Deer Lake, British Columbia, Canada. They determined that initial disturbance
to the lake in the late 1800’s was caused by deforestation and agriculture, although
this was relatively minor compared to the change in hydrology caused by rapid
urbanization since the 1960’s. Lead concentrations increased markedly during this
period. The increase in lead was attributed to increasing automobile traffic. Sedi-
mentation rates also more than doubled during this time period. Sewage discharge
(a completely human-caused hydrological change) directly into the lake since the
1920’s caused eutrophication. In addition, lime and copper sulfate apparently were
added to the lake water in 1957 in an attempt to curtail algal growth. The addition
of copper sulfate to the lake is reflected in a distinct peak in copper and sulfur con-
centrations in lake cores at about this time.

In a study of Lake Vesijérvi in Finland, Honkonen and Rantalainen (2013) showed
that the sediment concentrations of polycyclic aromatic hydrocarbons (PAHs) and
polychlorinated biphenyls (PCBs) tended to decrease as a function of distance from
the urban shore and stormwater outlets entering the lake. Their results indicated
that the impact of the urban area on the contamination of Lake Vesijérvi is limited
to approximately 500 m from the shore. Concentrations of these compounds where
suburban settings were the dominant land use did not impact the lake. Although
urban areas contributed significant local sources of PAHs, regional atmospheric
input (coal burning power plants) and boating on the lake also contributed PAHs
to the lake as a whole. The finding that boating is a significant source of PAHs to
lakes is similar to the findings in Lake Mead (Lico and Johnson 2007) and Lake
Tahoe (Lico 2004) that showed that PAHs particularly from inefficient 2-stroke
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Fig. 5 Arsenic concentrations from three basin center cores from Upper Mystic Lake, Massa-
chusetts, USA. The major peak occurred during industrial manufacturing near the lake at the turn
of the twentieth century. However, a later peak occurred in the early 1960’s after urbanization
increased impervious surfaces, changed the hydrology of the lake, and remobilized contaminated
sediments that then flowed into the lake. (Figure is redrawn and modified from Spliethoff and
Hemond (1996))

engines contributed significant amounts of PAHs to the lake water. The findings of
Honkonen and Rantalainen (2013) illustrate that lakes may have multiple sources
of the same compound, and differentiation of the sources based on hydrology and
input source is critical in understanding the history of contaminants in lakes.

In addition to simple riverine inputs from point source pollution from industrial
complexes, the hydrology of the watershed can also change as an area changes from
an industrial area to an urban environment. In Mystic Lake, north of Boston, Mas-
sachusetts, USA, industrial runoff to the lake peaked in the early 1900’s but subse-
quently declined as industry left the area (Fig. 5). Following urbanization of the area
in the 1960’s, increases in metal contamination in the lakebed sediment were not
caused directly by urban runoft but rather by remobilization of the legacy industrial
waste remaining in soils. Increased runoff, caused by the greater area of impervious
surfaces, led to entrainment of contaminated soils entering the lake that likely were
disturbed during construction (Spliethoff and Hemond 1996). Therefore, although
the source of the contaminants is mainly from the former industrial complexes in
the area, the later delivery of these contaminants after closure of these facilities was
caused by changes in the hydrology of the catchment surrounding the lake.
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On a regional scale in New England, USA, Chalmers et al. (2007) studied 21 riv-
er and lake sites that included re-coring Mystic Lake. They constructed a regional
atmospheric-fallout gradient from lakes in remote undeveloped watersheds to a lake
in an undeveloped watershed in the Boston urban area. The main assumption of this
sampling strategy is that lakes in remote locations will only have contaminant con-
tributions from atmospheric fallout and not from local riverine sources. Contami-
nant fallout was as much as an order of magnitude greater in the undeveloped urban
lake than those from remote reference watersheds, indicating that atmospherically
derived contaminants are sourced from the urban areas. However, contaminant ac-
cumulation rates in lake cores with urbanization in their watersheds were 1-3 orders
of magnitude greater than those of reference lakes, which indicated the dominance
of local sources and fluvial transport of local runoff over atmospheric inputs. They
concluded that even though regulations relating to controlling atmospheric pollu-
tion in urban areas are useful, contaminant input from runoff caused by increasing
urbanization around these lakes has continued to cause detrimental effects to lake
water quality.

Groundwater Inputs

The role that groundwater input plays in delivering contaminants to lake sediments
has been largely understudied. Reasons for this are: (1) the perception that hydro-
phobic or particle-associated contaminants cannot travel through the groundwater,
(2) the difficulty in quantifying groundwater input to lakes, and (3) the perception
that groundwater inputs (either volume or concentration) are small compared to
surface water inputs to the lake. While some or all of these factors may be true for
some lakes, they are not true for all lakes, and groundwater inputs may be the domi-
nant contaminant source in some lakes. In fact, many lakes located at the surface
of highly permeable aquifers such as karst, fractured-rock, and coarse sands, are
dominated or completely controlled by groundwater flow (Hutchinson 1937; Win-
ter 1976; Herczeg et al. 2003; Soler et al. 2007). However, studies of how con-
taminants enter groundwater-dominated lakes and how they are deposited in lake
sediments are few.

The contribution of contaminants from groundwater inflow to lake water quality
has been investigated frequently, but the impact on lake sediments has rarely been
assessed in these studies. Vanek (1991) showed that groundwater entering Lake
Bysjon, a small (0.12 km?), shallow (mean depth of 3.6 m), kettle lake in Sweden,
had higher specific conductance than lake water and contained high concentrations
of phosphorus. The phosphorus was hypothesized to have been derived from trans-
port from fertilizer application from farming and release from septic systems up-
gradient from the lake over time and stored in the riparian zone organic matter. De-
composition of organic matter in the riparian zone was thought to be the mechanism
for release of the phosphorus into the groundwater that is discharging to the lake. A
similar study by Hagerthey and Kerfoot (1998) showed that groundwater flow influ-
enced the epibenthic algal biomass and nitrogen to phosphorus ratios at Sparkling
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Lake, a seepage lake in Wisconsin, USA. Biomass and seepage flux were positively
associated and pore-water phosphorus concentrations, phosphorus fluxes, and algal
biomass were significantly higher at high groundwater discharge sites than at low
flow sites. In both studies it was suggested that groundwater-related patchiness of
the quality of near-shore lake water and pore water is widespread. This may be the
case for many lakes where contaminants are transported by groundwater and should
be considered when investigating the spatial distribution of contaminants in lake
sediments.

One study that shows the significance of groundwater-derived contaminants to
lake sediment concentrations was conducted by Vartiainen et al. (1995) at Lake
Valkjérvi in southern Finland. Studies of fish from the lake and urine from residents
of the town of Kérkold had already shown contamination of the lake and ground-
water supply in 1987. This contamination was caused by releases in the 1970s of a
commercial fungicide used by the local sawmill. The Vartiainen et al. (1995) study
followed up a previous study by Lampi et al. (1992) that analyzed four sediment
cores that found highly elevated 2,3,4,6-tetrachlorophenol and pentachlorophenol
concentrations in all four cores. The distribution of the chlorophenols was uneven
in the cores, with much higher concentrations being detected in the estuary, near
the source of the contamination. Conversely, low levels of PCB compounds were
more evenly distributed throughout all the cores. Vartiainen et al. (1995) exam-
ined two new cores, one from the estuary close to the source and one from the
basin center to see if polychlorinated dibenzo-p-dioxin (abbreviated as “dioxin”
here) and polychlorinated dibenzofuran (PCDD/F) concentrations (also used at the
sawmill) followed the same pattern as the chlorophenol compounds measured by
Lampi et al. (1992). They found that, while dioxin and PCDD/F concentrations
increased in both cores since the 1930s and 1940s, the concentrations were similar
to atmospherically-derived concentrations in lakes sampled around the world, and
were much lower than chlorophenol concentrations in the same cores. In addition,
the concentrations were similar in the basin center cores as well as the nearshore
core, further suggesting an atmospheric source for these compounds. Dioxins,
PCBs, and PCDD/F compounds are in general more hydrophobic (K_  of around
5.5) than chlorophenol compounds, and have higher K_ s than Chlorophenol com-
pounds (K of'around 2.5). The low concentrations of dioxins, PCBs, and PCDD/F
compounds in all the lake cores indicates that these less water soluble compounds
are not being transported through the aquifer to the lake because they are trapped
by the aquifer materials. However, the more water soluble chlorophenols are trans-
ported through the aquifer. If all the compounds were being transported through
the river system (as either water soluble or particle-associated contaminants) all
the compounds would be higher in the estuary cores, but this is not the case. The
selective contamination of sediment cores by more water-soluble compounds near
where groundwater discharges to the lake indicates that groundwater is the source
of the chlorophenols detected, not the river water. Furthermore, fish sampled in the
lake have high concentrations of chlorophenols but low concentrations of dioxin
and PCDDV/F indicating that contamination of the lake water by dioxin and PCDD/F
is unlikely (Vartiainen et al. 1995).
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Hydrologic Modifications After Deposition

Contaminant distributions within lake sediments can change after deposition when
the hydrology changes due to seasonal high flows, droughts or human modifica-
tions of river flows in or out of the lake. Changes in lake levels caused by seasonal
snowmelt and rainfall, or human modification of the lake hydrology for hydro-
power or flood control, can modify the distribution pattern or temporal trend of
contaminants in lakebed sediments. For example, Miller et al. (1995) found that
during drought and/or summer water level drops in Lake Lahontan, Nevada, (a
reservoir on the Carson River completed in 1915, for storing water for summer irri-
gation) the bottom floodplain materials were subaerially exposed, creating a closely
spaced network of deep mud cracks. Windblown sands and mud, eroded from the
lake bed, accumulated within the fractures as well as on the fractured surfaces.
Renewed inundation of these areas by snowmelt runoff from the Sierra Nevada
Mountains to the west in the winter and spring caused the sediment to expand, al-
lowing the younger surface materials to mix with older buried sediment disrupting
vertical trends in mercury concentrations in these units. Although historical trends
are still present in some parts of the basin, trends in mercury concentrations in areas
with significant subaerial exposure and deep mud crack development have been
obscured. Therefore knowledge of lake level variations may be important in inter-
preting contaminant histories.

Chemical profiles in lake sediments may also be altered by changes in redox
conditions caused by either changes in stratification to the lake or by subaerial ex-
posure of the lake bottom sediments (Chen and Keeney 1974; Trolle et al. 2010;
Pearson 2012). For example, a change in the redox state of selenium contaminated
sediment in Lake Macquarie, Australia, caused by bioturbating organisms, resulted
in a release of selenium under oxidising conditions (Peters et al. 1999). Callender
(2000) showed that, when faster sedimentation prevails, there is less time for ben-
thic organisms and bacteria to perform metabolic reactions (generally oxidation-
reduction reactions) because organisms do not occupy a sediment layer for any
length of time. Also, the quantity and quality of the organic matter input to the
sediment layer may decline because terrestrial organic matter is generally more re-
fractory than autochthonous aquatic organic matter. Changes in sedimentation rates
are likely to be caused by changes in surface water or groundwater input to the lake.

Sediment Focusing

Sediment focusing, originally defined by Likens and Davis (1975), is a process
by which water turbulence moves previously deposited sediment from shallower
to deeper zones of a lake where it is redeposited (Blais and Kalff 1995). Sediment
focusing occurs in lakes where sediment is eroded (coarse-grained sediments) and
transported. Where sediment is transported, fine-grained sediment is discontinuous-
ly deposited and then moved (resuspension) toward the basin center and deposited.
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Blais and Kalff (1995) showed that the morphology of a lake (particularly the slope
of the basin) may directly influence sediment focusing and is more important than
the depth of the lake for determining how much sediment focusing will occur. The
extent of sediment focusing is important in determining sediment contaminant dis-
tributions. Sediment resuspension will affect the cycling and distribution of pollut-
ants. Sediment focusing results in an enhanced accumulation of fine-grained par-
ticles in the accumulation zone (deep basins) of lakes, and these particles provide a
large surface area for the sorption of heavy metals, organic pollutants, and nutrients
such as nitrogen and phosphorus. Sediment focusing may enhance uptake of con-
taminants by benthic biota and internal loading of phosphorus and heavy metals
from the sediments during periods of bottom-water anoxia.

Sediment focusing is not constant on annual to geologic timescales. Variations
in sediment focusing over time have been related to the degree to which the lakes
watershed has been forested after glaciation (Davis and Ford 1982). Where forests
became well-established around a lake, less sediment was able to erode from the
land surface leading to less sediment focusing. But as discussed above, changes in
vegetation, whether natural or human induced, cause changes in surface water and
groundwater input (i.e. changes to the hydrology) to the lake. The amounts of these
inputs then control the water level of the lake. Therefore, while the slope of the
basin and overall complexity of the slope and shoreline affect sediment focusing,
if there is variability in the steepness of the slope with depth in the lake, the steep-
ness of the slope may change for periods of years at a time in a lake’s history during
prolonged drought or wet periods. More subtle changes such as seasonal mixing
or permanent stratification may also cause changes in sediment focusing over time
(Fukuda and Lick 1980). All of this is related to how the hydrology of the basin is
changing over time.

Hydrologic Controls on Lead-210 Dating

The hydrology of a lake not only affects the distribution and temporal accumulation
of stable contaminants, but also the usefulness of radioactive contaminants used
for dating lake sediments. Lead-210 is one of the most frequently used methods
for dating lake sediments younger than ~100 years (Appleby 2001). The method
relies on the relatively constant input of 2!°Pb (flux, supply or initial concentration)
from atmospheric fallout of natural >’Rn as it exponentially decays rapidly through
short-lived isotopes to 2'°Pb. This process produces excess 2'°Pb in the atmosphere
and subsequently the hydrosphere. The 2!°Pb is rapidly adsorbed onto or incorpo-
rated in particulate material within lake sediments and this produces excess 2!°Pb
over that in equilibrium with ambient 2?Ra from allochthonous material already
within the sediments. In general, as long as the rate of atmospheric lead is relatively
constant, the method works well. However, in some cases, where the hydrology of
the lake system is more variable, where mixing occurs, or through human modifica-
tions to the hydrology of lakes (see below), 2'°Pb measurements may be more dif-
ficult to interpret or may not be useful. Binford et al. (1993) measured 2!°Pb profiles
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in sediment cores from 32 natural lakes from Florida to New England and showed
that only seven of the cores, all from either the Adirondacks or the northern Great
Lakes area, exhibit typical exponential decay curves. Deviations from the expected
exponential profile included flattening of the profile in the top few centimeters or
excursions of one or a few measurements away from an exponential curve. Sev-
eral hypotheses, including sediment mixing, hydrologic regime, sediment focusing,
and acidification, were proposed to explain these variation of the 2!°Pb distribution
among the lakes and regions. Hydrologic factors appeared to exert control on un-
supported 2'°Pb inventories in these lakes, and there appears to be a strong focusing
effect in drainage lakes, but a weak focusing effect in seepage lakes. Therefore,
although the 2'°Pb profiles provided adequate age models for the lakes, the profiles
also provided additional information on the hydrology of the watersheds, and also
made interpretation of the profiles more difficult.

In a study of four relatively remote lakes in the Rocky Mountains, USA, Norton
et al. (1985) showed that in three of the four lakes studied, groundwater was the
source of the high ??2Rn in the water column. This groundwater-derived ?>*Rn was,
in turn, capable of supporting an unusually high 2!Pb flux to the sediment surface.
Groundwater with high 22Rn may control the >!°Pb budget of lakes where sediment
cores have high unsupported 2!°Pb activities. While the additional groundwater-
derived ?*’Rn did not appear to affect the age models for these lakes, it was assumed
that the groundwater input of 2?Rn was constant. Given that the hydrology of most
lakes is not constant over years or even seasons; this assumption may be suspect in
lakes with short residence times.

These examples again point to the role that hydrology plays in interpreting age
dating models. Relying on simple atmospheric input of both natural and human-
derived contaminants should only be considered after accounting for all hydrologic
sources.

Human Modifications to the Hydrology of Lakes

Many lakes have had their hydrology modified either directly or indirectly by hu-
man development. Indirect modifications are land use changes such as urbaniza-
tion, irrigation of farmland surrounding a lake, deforestation that increases runoff or
groundwater flow to the lake, or groundwater pumping that may decrease baseflow
in streams or lower the water table around a lake. Direct modifications include rais-
ing the lake level with dams, redirecting flow to or from a lake, or directly piping
stormwater or wastewater into a lake. Mining minerals from a lake either by directly
extracting minerals or evaporating brines from a lake are also direct modifications
to the hydrology and geochemistry of the lake. Many of the human-caused changes
to natural lakes can have indirect consequences such as changing the duration or
timing of lake stratification (Hutchinson 1937; Wetzel 2001), but other changes
may have more direct effects on the hydrology of a lake. Of course, creating reser-
voirs is the greatest human modification that can occur in a watershed.
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Human modifications to lake systems can lead to drastic changes to the hydrol-
ogy of a lake and to the watershed surrounding the lake. Perhaps the most recog-
nized example of human modifications to a natural lake is the use of the two major
rivers (Amu Darya and Syr Darya) entering the Aral Sea for irrigation of cotton and
other crops. Human-caused hydrological changes to the Aral Sea Basin has caused
the Aral Sea to shrink to less than one tenth its volume from the 1960s to 2007 caus-
ing the lake to divide into smaller basins and increase the salinity from 10 g/L to
more than 100 g/L in some of the sub-basins (Micklin 2007). The shrinking of the
Aral Sea has led to widespread exposure of the fine-grained lake sediments to ero-
sion and increased dust-borne particles that may affect human health in the region
(Wiggs et al. 2003). In addition, pesticides used for cotton and other agriculture in
the area have been transported down the rivers or atmospherically and deposited in
the lake sediment over time. Some of these contaminants are now being exposed
and are subject to erosion (O’Hara et al. 2000; Whish-Wilson 2002). Within the Aral
Sea Basin, over irrigation of croplands in the Amu Darya watershed and develop-
ment of canal systems to disburse water has led to the creation of numerous small
shallow lakes in Khorezm, Uzbekistan. These small lakes also receive nutrients and
legacy pesticides from the agricultural fields around them, and may not be sustain-
able without agricultural irrigation (Shanafield et al. 2010; Scott et al. 2011).

Human modifications to a lake’s hydrology can also change >'°Pb concentrations
and dating profile. In 21 Florida lakes, 2'°Pb, 2*Ra, and '*’Cs activities were mea-
sured in sediment cores from lakes scattered throughout central Florida (Brenner
et al. 2004). Nine lakes had relatively constant supply of 2*Ra, and 12 lakes had
high and variable rates of ??°Ra input. In the group with variable rates of **°Ra
input, most displayed increases in activity towards the top of the core. The up-
per sediments from two lakes had very high ??Ra activities that exceed total >'’Pb
activities, illustrating disequlibrium between 22°Ra and supported 2!°Pb. Supported
219Ph activity is generally thought to be in secular equilibrium with 2*Ra activity,
but since 1966, one of the lakes is known to have been augmented with 2*Ra-rich
groundwater pumped from the local deep aquifer. Adsorption of dissolved ??°Ra to
recent lake sediments was believed to account for the high measured ??°Ra activi-
ties and the disequilibrium between 22Ra and supported 2!°Pb in topmost depos-
its. Due to large amounts of groundwater pumping for agriculture, industrial, and
residential uses in Florida, Brenner et al. (2004) suggested that the other lakes they
measured with high 2?Ra activities in the upper parts of the cores were also affected
by groundwater pumping and that many other lakes in Florida may also be affected
by ??Ra-rich runoff and seepage from groundwater. They showed that the 2!°Pb
profiles in these types of lakes are likely to be in error and should not be used for
dating sediments (Fig. 6).

Herczeg et al. (2003) examined changes in the hydrology and nutrient input to
Blue Lake, a groundwater-fed maar lake in South Australia, caused by groundwa-
ter pumping in the surrounding agricultural farmland. The maar is surrounded by
a karstic carbonate aquifer that supplies much of the water to the lake. Pumping
of the aquifer began in the early 1900s and increased markedly between 1950 and
1970 and has stabilized since. The lake level fell about 4 m between 1940 and 2000
mostly due to the pumping. In addition, nitrate concentrations in the aquifer are very
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Fig. 6 The effect of adding 2*°Ra from groundwater sources on modeled 2'°Pb ages can be seen
in these date versus depth plots for four Florida lakes: a Newnans. b Little Jackson. ¢ Persimmon.
d Rowell. Dates were calculated by Brenner et al. (2004) using the constant rate of supply (CRS)
model. Black lines and symbols represent results of model runs in which unsupported 2!°Pb activity
was calculated as total '°Pb activity minus supported >'°Pb activity (**°Ra activity) measured at
each depth. Red lines and symbols represent results of model runs in which the mean down-core,
asymptotic total 2!°Pb activity was subtracted from each total 2!°Pb value to obtain the unsupported
activity for each depth, as if total 2!°Pb activity was measured by alpha counting. For the Newn-
ans core, with little groundwater addition and relatively low and constant °Ra activity, the two
approaches are nearly identical. Little Jackson shows a slight up-core -increase in 2*°Ra activity.
Results of the two approaches differ only below about 1900, reflecting only minimal groundwater
input. Persimmon shows a large up-core ??°Ra increase and the two dating approaches yield dif-
ferent ages in sediments older than 20 years, indicating a major source of additional >°Ra from
groundwater. For such cores, Brenner et al. (2004) argue that neither approach is correct. For the
Rowell core, if total 2!°Pb activity had been measured by alpha counting, a reasonable date-depth
plot could have been generated, but would have likely been in error given the high and fluctuating
226Ra in this core. In this case, 2!°Pb dating is also untenable due to the large **°Ra groundwater
input. (Figure is modified from Brenner et al. (2004))

high due to direct disposal of farm waste into the aquifer over the past 100 years
and the lake nitrate concentrations are also high. However, the lake is still oligo-
trophic due to low phosphorus concentrations in the lake and surrounding aquifer.
Herczeg et al. (2003) measured oxygen and carbon isotopes of dissolved inorganic
carbon (DIC) and total organic carbon (TOC) in lake water, sediment traps and lake
cores to develop a carbon budget for the lake and explain changes in lake water
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and sediment isotope compositions since the 1880s. Although the explanations are
complicated by varying rainfall and some assumptions, overall the work showed
somewhat counter-intuitively that decreased water levels in the lake led to shorter
hydraulic residence times in the lake (from about 23 years before 1880 to less than
10 years by the late twentieth century) due to increased groundwater discharge.
This in turn led to increased inorganic carbon (carbonate) precipitation (three times
the rate in the 1880s) in the lake since the 1940s. The isotopic composition of the
carbonate precipitated has become more negative over time (Fig. 7) due to shorter
residence time. The isotopic composition of the carbonate precipitated now more
closely resembles the isotopic composition of the groundwater than the lake water.

An almost exact opposite situation occurred in a maar lake in Nevada, USA.
Big Soda Lake is a deep saline maar lake that was studied by I.C. Russell in
1885, and was shown to be relatively well mixed at least down to 30 m (Rus-
sell 1885; Kharaka et al. 1984). In this case, irrigation of farmland and leaking
canal conveyances around the maar raised the groundwater table surrounding the
lake. The lake level rose 18 m from 1905 to 1935 (Rush 1972) due to ground-
water inflow of relatively fresh less dense water. The rise in lake level led to
permanent stratification of the water column and has significantly changed the
chemistry and biogeochemistry of the lake (Oremland et al. 1988). Addition of
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Fig. 8 Comparison of the §'%0 isotopic changes in (a) Big Soda Lake, and (b) Pyramid Lake over
the last ~300 years. After the filling of Lahontan Reservoir between 1905 and 1930, Pyramid Lake
level fell and Big Soda Lake level rose. The isotopic composition of precipitated calcite in Pyra-
mid Lake became more positive due to the influences of greater evaporation and the termination
of overflow to the neighboring lake. The isotopic composition of precipitated calcite in Big Soda
Lake became more negative due to more groundwater inflow (with an isotopically more nega-
tive composition). The isotopic composition of Big Soda Lake is also 2—4 % more negative than
Pyramid Lake due to the differences in water input. Big Soda Lake is dominated by groundwater
flow (more negative) and Pyramid Lake is dominated by surface water flow (more positive). Note
that the Y-axis dates are not exactly the same due to the difference of when the coring took place.
(Data for Fig. 8a comes from Reidy (2013) and data for Fig. 8b comes from Meyers et al. (1998))

1700

new fresh groundwater caused the formation of large (up to 4 m tall) tufa mounds
(calcium and/or magnesium carbonate mounds precipitated near the shoreline of
lakes, generally from the mixing of groundwater and lake water) that could not
have formed at this elevation before the rise in lake level (Rosen et al. 2004) and
caused the precipitation of a 0.5—-1 cm thick carbonate layer in the lake core sedi-
ments (Reidy 2013). Stratification and fresh groundwater input also decreased the
oxygen isotopic composition of the upper 7 cm of sediment in the lake above the
carbonate layer (Fig. 8a). However, the decrease was delayed in time due to the
time it took for this new groundwater to dominate the isotopic composition of the
lake (Reidy 2013).
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At the same time that Big Soda Lake was gaining water, Pyramid Lake to the
north was losing water because some of the water from the Truckee River that
would normally flow to Pyramid Lake was diverted for irrigation in the area around
Big Soda Lake. This depletion in Truckee River inflow to Pyramid Lake caused a
significant drop in lake level over much of the twentieth century and has caused
changes to the inflow of organic matter and isotopic composition of lake sediments
(Meyers et al. 1998; Benson et al. 2002; Yang et al. 2003). Pyramid Lake is cur-
rently a large terminal lake that is mainly refilled by water from the Truckee River,
which is the outlet of Lake Tahoe. Prior to 1905, Pyramid Lake overflowed to Lake
Winnemucca to the east over a low divide (Benson et al. 2002). After diversion of
Truckee River water for irrigation, the lake stopped overflowing, preventing drain-
age via the outflow. The agricultural diversion of Truckee River water diminished
the volume of the lake by 25 % between 1905 and 1990.

The input of ions and organic carbon to Pyramid Lake changed over the period of
reduced flow, increasing both metal concentrations in the sediment over this period
and changing the isotopic composition of organic carbon and carbonate minerals
(Meyers et al. 1998; Yang et al. 2003). Meyers et al. (1998) examined sediment
cores from the center and delta areas of the lake and found that the organic C:N ra-
tio, organic 8'*C values, and terrigenous to aquatic n-alkane ratios all indicated that
the proportion of land-derived organic matter in sediments decreased as river flow
decreased. Algal productivity also appeared to have decreased in the lake from 1930
to 1998. The 8'30 signatures of the carbonate during this time period became more
positive, indicative of a smaller volume of water in the lake and greater evaporation
(Fig. 8b). Yang et al. (2003) showed that the concentrations of K, Al, Na, Zn, and
Mn in sediment cores all began to increase in Pyramid Lake after 1860, a time when
the landscape in the watershed was being deforested for processing silver and gold
from mining in the area. The increase in these metals was interpreted to indicate
that deforestation increased soil erosion in the watershed. These studies point out
that multiple human modifications to the hydrology of a lake can lead to different
hydrologic responses in a lake over time and can even lead to conflicting responses
if they occur simultaneously. Furthermore, these studies and the studies at Big Soda
Lake, indicate that the same human modification can lead to different or opposite
responses in nearby lakes located in adjacent watersheds.

Climate change can lead to changes in the hydrology of the arctic and lake sys-
tems within the cold regions of the Earth (MacDonald et al. 2005) as well as affect
precipitation patterns globally (Trenberth 2011). Climate change over the past 150
years has led to melting of ice and thawing of permafrost in Polar Regions that can
change the biology and chemistry of a lake and add contaminants to the water col-
umn and sediment (Overpeck et al. 1997; Macdonald et al. 2005; Smol and Douglas
2007). In addition, the release of contaminants, such as methane, can be caused by
thawing permafrost (Walter et al. 2006). Additional melt water adds ions and nu-
trients to lakes, creates a longer growing season and warmer temperatures, and can
release contaminants stored in the ice and soil, such as mercury and other metals.
The sources of these contaminants come from the atmosphere over long time peri-
ods, from the soil or bedrock, or from globally circulated pollution (Rydberg et al.
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2010; Schuster et al. 2011). Although factors affecting contaminant transport to lake
archives caused by climate change is covered in more detail by Kirk and Gleason
(this volume), it is important to point out that these changes are manifested by the
change in the hydrological regime of these lakes. Greater runoff caused by melting
snow and ice, warmer temperatures and the possible addition of groundwater to
these lakes, at least on a seasonal basis, for the first time will have dramatic effects
on contaminant transport to these lakes (Jepsen et al. 2013).

Summary and Future Work

The flow of water to, and currents within lakes, are important for determining the
spatial and temporal distribution of particle-associated contaminants in lake sedi-
ments, and should not be underestimated in determining the contaminant history of
a lake. Knowledge of the timing, source, and volume of flow, along with contami-
nant sources, may lead to more efficient placement of coring locations and provide
a more cohesive history of contaminant inputs to a lake. Lakes with complex mor-
phologies and shorelines require more careful consideration for coring locations
than lakes with more uniform morphology because movement of contaminants may
be hindered by bottom surface variations and promontories that restrict contaminant
movement. Although dissolved contaminants may not be directly detected in lake
cores, changes in the biotic community or organic matter accumulation rates that
are affected by the chemicals may be recorded in sediment cores, and changes in
the isotopic composition of minerals precipitated from the water column may also
be detected in lake cores.

Both natural and human-induced changes to the hydrology of lakes are impor-
tant to consider in determining contaminant histories of lake systems. Groundwater
pumping and inputs in particular are often unaccounted for or unknown when deter-
mining the hydrologic balance for a lake. Changes in redox state and lake stratifica-
tion may also accompany changes to the timing or amount of inputs to a lake and
these changes may cause post-depositional movement of contaminants (diagenesis)
in the sediment.

The influence that changing hydrology can play in geochemical reactions and
stability of contaminants within lake sediments that undergo seasonal stratifica-
tion is beginning to be understood, but further research (coupled with the models
suggested below) on how redox sensitive contaminants may be released to, or kept
from, the water column is needed.

Future work on quantitatively measuring contaminant flux from all water inputs
to lakes would allow models to be developed on how contaminants are distributed
spatially and vertically and could allow a mass-balance approach to remediation
efforts. Determining quantitative fluxes would require year-round measurements
of water volumes (flows) and concentrations of contaminants entering lakes. New
technologies using continuous monitoring sondes for carbon, turbidity (suspended
solids as well as a surrogate for mercury and other trace elements), nitrogen, and
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phosphorus could be used to better constrain the yearly concentrations of these
contaminants. Multiple deployments of passive samplers could be used for organic
contaminants and metals. Well-characterized spatial and vertical distributions of
contaminants could then be used to construct three-dimensional models of lake cir-
culation, which currently exist for only very few lakes. These flow models would
need to be coupled with reactive transport models to determine how contaminants
would accumulate in the sediment. Studies that incorporate multiple coring points
that define gradients would be beneficial to further develop process-based mod-
els. For example, redox conditions at the sediment-water interface would also need
to be modelled, and gradient based coring would be able to identify changes that
may occur above and below redox boundaries at the transition. Further quantifying
diagenetic changes, particularly for organic compounds, that may be occurring in
the lake sediment with depth is also needed to ensure contaminant profiles reflect
contaminant inputs and not post-depositional changes.
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The Stability of Metal Profiles in Freshwater
and Marine Sediments

Peter M. Outridge and Feiyue Wang

Abstract The stability of sedimentary metal profiles (defined as the absence of
significant changes in profile shapes or concentrations as the accumulated metals
are progressively buried), or the ability to reconstruct the original profiles follow-
ing dispersion by diagenetic processes, is a key requirement for the robust inter-
pretation of metal deposition histories from these natural archives. Diagenesis is a
common problem in the study of metals in freshwater and marine sediments, but
its effects are difficult to generalize because they are metal- and site-specific. There
are two types of diagenetic processes, both of which may be strongly influenced by
benthic biological activity: (1) physical processes, involving the mixing of surface
and deeper sediments by bioturbation or wind and wave action, which may affect
all metals in upper sediment layers; and (2) geochemical processes which involve
chemical reactions between certain metals in solid-phases and in porewater, the
vertical redistribution of dissolved metals, and their precipitation/adsorption else-
where in the sediment column. A minority of the metals of environmental interest,
such as Hg and to a lesser extent Pb, are thought to be geochemically stable in most
settings. Others, such as As, Cd, Cu, Mo, Ni, Re, U and Zn, are relatively sensitive
to changes in oxic-anoxic (oxidation-reduction) conditions down-core and are often
redistributed during burial. This review has several aims: (1) to describe the pat-
terns and mechanisms of physical and geochemical diagenesis; (2) to describe three
tests of metal profile stability; (3) to review environmental and geochemical factors
that influence the occurrence and severity of diagenesis; (4) to present case stud-
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ies that illustrate working approaches for correcting diagenetically-altered profiles
so that part or all of the original history of accumulation can be reconstructed,
and (5) to present practical recommendations concerning study site selection, and
approaches to detecting diagenesis, which may assist in minimizing or at least iden-
tifying the severity of metal redistribution.

Keywords Sediments - Geochemistry + Diagenesis + Metals - Bioturbation - Redox
reactions

Introduction

Freshwater, estuarine and marine sediments preserve a potentially useful archive
of the chronological accumulation of particle-associated elements, contaminants,
and other limnological and oceanographic properties in aquatic environments. As
this present volume attests, the historical records contained in sediments are used in
numerous ways. With respect to metals (including metalloids), these uses include:
reconstructing recent rates and trends of deposition of atmospheric pollution, infer-
ring the physico-chemical properties of ancient oceans and lakes, and recording
climate histories, among others.

An essential prerequisite for all such sediment-based studies is that the record of
particulate metal accumulation in sediment must be stable over the time frame of
interest so that the archived chronology accurately reflects history. The time frames
involved typically range from decades to a few centuries in the case of atmospheric
pollution studies, to millennia or millions of years for paleooceanographic or paleo-
limnological studies. Here, “stable” refers to an absence of significant rates of metal
remobilization and vertical redistribution compared to the rate of burial in deeper sed-
iments. When the redistribution rate is comparatively negligible, metal concentrations
deposited at the sediment surface will propagate downwards with little dispersion as
the sediment layers are buried, until their subsequent permanent accumulation in deep
sediments. Therefore, stable profiles can be readily interpreted as a reliable record of
metal accumulation at the sediment surface. By corollary, significant redistribution of
the original profiles of metals through post-depositional processes (i.e., “diagenesis”),
or an inability to correct for the effects of diagenesis, may render the observed profiles
unreliable in terms of reconstructing metal deposition histories.

The stability and diagenesis of metal profiles are thus inextricably linked, and so
the effects of diagenesis on metal profiles form a major theme of this review. Dia-
genesis can occur through the physical redistribution of metal-carrying particles,
or through various geochemical processes described below. Both types of diage-
netic processes may be highly influenced by biological activities (e.g., bioturbation
and bioirrigation). Although models typically treat diagenesis as a one-dimensional
phenomenon (i.e., processes occurring perpendicular to the sediment-water inter-
face), spatially variable biological activities in sediments often result in diagenetic
“hot-spots” which may be better considered as three-dimensional geochemical
“microniches” (Sochaczewski et al. 2008).
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It should be noted that usage of the term “diagenesis” by other branches of geo-
science concerned with sediments only partly overlaps with the environmental
geochemistry definition employed here, and no universally accepted definition ap-
pears to exist (Chilignar and Larsen 1983). A perhaps generally accepted broad defini-
tion is that diagenesis (sometime referred to as “early diagenesis”) is any physical and
geochemical change in sediments after deposition and before lithification (sedimenta-
ry rock formation) (Berner 1980). More specific usages can be found in every branch
of geoscience. For example, the science of organic matter geochemistry defines dia-
genesis in terms of changes in organic matter and its major constituent elements, par-
ticularly the kinetics, end-products and geochemical consequences of processes such
as aerobic decomposition, and anaerobic humification (Emerson and Hedges 2004).

The overall goal in this review is to provide the reader with information that
enables them to recognize when significant diagenetic alteration of a sedimentary
metal profile has occurred, understand the key environmental and geochemical fea-
tures of a study setting that promote stable metal profiles, and outline approaches to
correcting (either partly or wholly) and properly interpreting diagenetically-altered
profiles. Our first aim is to describe the patterns and mechanisms of the two main
processes of diagenesis (physical and geochemical). As will be seen below, diage-
netic processes produce distinctive down-core profiles of element concentrations
and multi-element correlations which may be useful as a diagnostic aid. Second,
the literature concerning tests of metal profile stability based on comparisons with
known external input histories, time-series resampling of profiles, and modeling
of the impact of geochemical diagenesis is summarized. Third, we review the en-
vironmental and geochemical factors that influence the occurrence and severity
of diagenesis. Some of these factors differ significantly between the two types of
diagenesis. We also consider the speciation characteristics that make a metal mo-
bile in sediments, for the most commonly employed metals in atmospheric pollu-
tion or paleoceanographic and paleolimnological studies. Fourth, even in settings
where significant redistribution of metal profiles has occurred, all is not necessarily
lost (although sometimes it is!). Case studies are presented that illustrate working
approaches for correcting diagenetically-altered profiles so that part or all of the
original history of accumulation can be reconstructed. Finally, practical recommen-
dations are presented concerning study site selection, ancillary parameters to be
measured, and approaches to detecting diagenesis, which may assist in minimizing
or at least identifying the severity of metal redistribution in any sediment case study.

Patterns and Mechanisms of Diagenesis in Metal Profiles

Metal deposition to a water body could occur via the atmosphere (Fig. 1, panel
A), surface runoff, and groundwater inflow (see Rosen, this volume), and may
include both natural and anthropogenic sources. For sediments to serve as a use-
ful atmospheric deposition archive, the metal or its dominant species have to be
particle-reactive (i.e., primarily bound to particles via sorption and/or precipitation)
(Fig. 1, panels W1 and W2), so that it will sink to the sediment-water interface and
subsequently be buried as new particles continue to accumulate. Should diagenesis
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Fig. 1 Schematic diagrams of various types of post-diagenesis patterns of metals in sediments
(bottom panels), compared to the atmospheric deposition history (upper panel) and incident flux
to sediment surface (middle panels). (The dashed line and shaded area denote those examples in
which the original atmospheric deposition record can be reconstructed from the sediment record,
either directly (W1, SI) or after modeling and subtraction of the diagenetic overprint (other pan-
els). Panels outside the dashed line are examples in which the atmospheric record cannot be recon-
structed. A4: hypothetical atmospheric flux to a water body. W: Flux to the sediment. W 1: when the
metal is bound primarily to aquatic particles and atmospheric deposition is the dominant supply;
W2: when the metal is bound primarily to aquatic particles but there are also other known supplies
(e.g., riverine, erosion); W3: when the metal remains primarily dissolved; #4: multiple sources
and significant diagenesis. S: Concentration profiles in sediments. S7: negligible diagenesis with
constant sedimentation rate; S2: negligible diagenesis with recently increasing sedimentation rate;
S3: significant geochemically-based diagenesis (types 2 and 3); S4: significant geochemically-
based diagenesis (type 1) involving water to porewater diffusion and precipitation at the oxic/
anoxic redox boundary; S5: physical mixing resulting in a surface mixing layer; S6: multiple
sources and significant diagenesis

be absent following sedimentation (Fig. 1, panel S1), then the sediment metal con-
centration at a specific depth would reflect the metal input from the overlying water
at the time when the corresponding sediment layer formed. In other words, the
depositional history of the metal (Fig. 1, panels A and W1) can be readily recon-
structed from the metal concentration profile (Fig. 1, panel S1), provided that the
sediment chronology is known (e.g., by radioisotopic dating). Even in the absence
of diagenesis, changing sedimentation rates over time in a water body can affect
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sediment metal concentration profiles through varying dilution of trace metals by
major elements (e.g., Carignan et al. 2003; Fig. 1, panel S2). These variations will
be corrected when metal fluxes (concentration x sedimentation rate) are calculated.
However, a scenario with no diagenesis is only hypothetical, as a variety of physi-
cal, chemical and/or biological processes in the sediments or across the sediment-
water interface will often result in post-depositional changes in the sediment metal
concentration profiles (Fig. 1, panels S3-S6).

More detailed discussions on early diagenesis and its theoretic treatment in
aquatic sediments can be found elsewhere (Berner 1980; Boudreau 1997, 1999).
For our purposes, two general categories of diagenetic processes are recognized:
(1) physical processes, which are site specific; and (2) geochemical processes which
are both metal- and site-specific. Each category gives rise to characteristic post-
redistribution patterns of elements and other chemical entities. Both are strongly
influenced by the level of biological activity in sediments.

Physical Processes of Diagenesis

The physical mixing of sediment particles and their associated metals, which is
typically confined to the upper layers of sediments, results in a surface mixing layer
(SML). While this can be caused by water currents, gas bubbling up from deeper
sediment layers, wave action, and episodic events such as storms and flooding, the
most common process resulting in sediment mixing is bioturbation, a general term
referring to physical mixing of sediments by the burrowing and feeding activities of
benthic organisms (Boudreau 1997; Burdige 2006). In addition to mixing sediment
particles, these activities also mix porewaters and alter sediment porosity, texture
and other physical properties (Burdige 2006). Physical mixing tends to homogenize
metal pulses within the SML and shift metal distributions to deeper sediment layers
(Carignan et al. 2003), resulting in the reduction or elimination of any variations in
the original metal accumulation history (Fig. 1, panel S5; see also Kuzyk et al., this
volume).

The thickness of the SML is highly variable among different water bodies, ranging
from negligible in lake sediment overlaid by a seasonally anoxic hypolimnion (e.g.,
Alfaro-de la Torre and Tessier 2002) to more than 20 cm in sub-oxic marine sedi-
ments inhabited by numerous benthic macrofauna (e.g., the Strait of Georgia, British
Columbia; Johannessen et al. 2005). The presence and thickness of SML can also be
highly variable at different sites of the same water body, and can usually be diagnosed
with a steady state radioisotope tracer (such as 2'°Pb) where the radioactivity shows a
distinct flattening or plateau in the upper profile (see Fig. 1, panel S5) rather than the
expected exponential decay pattern associated with no mixing and a constant sedi-
mentation rate (Appleby et al. 1979). A 2!°Pb plateau is not, however, an unequivo-
cal indicator of an SML. Uncommonly, the same pattern may also be produced by
increasing sedimentation rates in recent years such that the increasing sediment load
dilutes the 2!'°Pb concentration to an approximately constant level at the core top.
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Geochemical Processes of Diagenesis

Geochemical diagenetic processes involve chemical reactions between metals in
sediment and in porewater, and the associated dispersion of metal species through
porewater transport. Diffusion of solutes into or out of sediments, although itself a
physical process, is included here under geochemical processes, because diffusion
from the water column into sediment porewater without subsequent partitioning to
the solid phase (a geochemical process) will not alter the sediment metal profile
(Fig. 1, panel W3). Similarly, diffusion of a metal from sediment to overlying wa-
ter will not occur unless dissolution of a solid phase entity (another geochemical
process) has preceded it. Unlike physical processes, geochemical diagenesis is not
confined to the SML, and occurs as a result of geochemical changes or reactions
possibly occurring throughout the upper sediment column. Figure 2 presents a gen-
eral schematic of geochemical diagenetic processes in coastal marine sediments
which is also applicable to freshwater sediments. In general, sediment-bound (solid
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Fig. 2 Schematic diagram of the cycling of redox-sensitive metals (Re, Mo and U) in coastal
marine sediments. (Source: adapted from Morford et al. 2009). On /eft of diagram, the mixing
effect of bioturbation and geochemical diagenetic processes on the original metal profile (solid
line ellipse) is shown by the dotted line ellipse. Additions of solid phase metal by particulate sedi-
mentation to the surface of the sediment column, and by consumption of dissolved metal within
the sediment column, are shown as black arrows. On right of diagram, exchange of dissolved
metals between macrofaunal burrows and sediment porewater, water column and porewater, and
within the sediment column, are shown by grey arrows. Exchange between solid and dissolved
phase metals is shown as horizontal arrows indicating net production (grey) and consumption
(black) of dissolved metals in different sediment zones. The “zone of net production” indicates
where a net production of authigenic solid phase metal (and net removal of dissolved metal) occurs
by redox-related geochemical processes
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phase) metals can be made mobile through their reversible, dynamic exchange with
dissolved species in porewater via reactions such as sorption-desorption and pre-
cipitation-dissolution (see black and grey arrows in Fig. 2). Once in porewater, a
dissolved metal species may be readily transported vertically and horizontally via
diffusion (e.g., molecular diffusion, bioturbation) and/or advection (e.g., bioirriga-
tion). The dissolved species may then either undergo reactions to form authigenic
(i.e., diagenetically created in situ) solid phase metals at a different depth (see zone
of net authigenic production in Fig. 2), or exchange with the overlying water.
Three basic geochemical processes of diagenesis include:

» Type 1, diffusion of dissolved metals from the water column into sediment pore-
water (see panel S4 in Fig. 1; and Fig. 2) where they may be precipitated or
sorbed at a subsurface geochemical nexus, typically an oxic/anoxic redox bound-
ary (e.g., Carignan and Nriagu 1985; Alfaro-de la Torre and Tessier 2002; Mor-
ford et al. 2009);

* Type 2, the desorption and dissolution of significant quantities of metals from
sediment particles, diffusion through pore-waters and subsequent re-precipita-
tion or re-sorption at a new location within the sediment column (see panels W4
and S6 in Fig. 1), or their loss to overlying waters (S3 in Fig. 1) (e.g., Gobeil
et al. 1987; Widerlund et al. 2002); and

* Type 3, the redistribution of metals because of reduction-oxidation (redox)-re-
lated decomposition of their carriers such as Fe- or Mn-oxyhydroxides or par-
ticulate organic matter (Fig. 1, panels W4, S3 and S6) (e.g., Benoit and Hemond
1991; Toevs et al. 2006).

Bioirrigation, the process by which benthic dwellers flush their burrows or tubes
with overlying water, can enhance the exchange of metals between porewater and
overlying water, as well as increase or maintain redox gradients within sediments
(see Fig. 2; e.g., Aller and Yingst (1978), Gobeil et al. (1987), Wang et al. 2001). A
common result of geochemical diagenesis is the creation of new subsurface peaks
in metal concentrations, or the reduction of peaks in concentration as originally
deposited at the sediment surface (Berner 1980; Carignan and Nriagu 1985). If not
corrected (see below), this process may lead to an erroneous interpretation of the
history of metal deposition and accumulation.

A characteristic feature of the occurrence of Types 2 and 3 geochemical diagenesis
is similar down-core profiles of multiple elements including well-known redox-sensi-
tive metals such as Fe, Mn, Mo, Cd and U. For example, the solid phase As and Fe pro-
files were strikingly similar in the upper few centimeters of sediment in a perennially
oxygenated basin (Basin A) of a Canadian Shield lake, but not in another seasonally
anoxic basin (Basin B) of the same lake (Fig. 3; see more details in Sect. 4.1). This
correspondence with Fe in one basin but not in the other strongly hinted at diagenesis
influencing the As profile in basin A but not in basin B, which had a seasonally-
anoxic hypolimnion. Subsequent porewater modeling confirmed this suggestion (see
insets in Fig. 3) and also provided a means of correcting the As profile in basin A
(see Sect. 5.2). Numerous other examples of co-occurring element profiles indicative
of diagenesis can be found in the literature (e.g. Gobeil et al. 1999; Outridge et al.
2005; Toevs et al. 2006; Macdonald et al. 2008; Couture et al. 2010).
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Fig. 3 Depth profiles of solid phase As and Fe concentrations in oxygenated Basin A (panels a
and b) and seasonally anoxic Basin B (panels ¢ and d) in Lac Tantaré, Canada. (Source: adapted
from Couture et al. 2008). Legend: uncorrected measured As—green squares; reconstructed As
concentrations accounting for diagenesis—orange circles; diagenetic As contribution—grey inset
panels; measured Fe concentrations—red diamonds)

Environmental and Geochemical Factors Influencing
Metal Profile Stability

For physical diagenetic processes, the amount of particle mixing near the sediment-
water interface, which is often related to macrofaunal activity, can be indirectly af-
fected by local hydrological and limnological conditions. In particular, low oxygen
content of the hypolimnion may constrain the amount of biological activity. For
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geochemical diagenetic processes, the most influential geochemical factors include
the sedimentary redox status, which is a function of oxygen status and pH. Redox
status may be affected in turn by water depth, rates of sedimentation, oxygen sup-
ply and organic matter inputs. Another, non-sediment, factor is the characteristics of
different metals that make them variably sensitive to geochemical processes.

Reactivity of the Metal

The long-term stability of metal profiles varies between elements in part because
of innate characteristics which confer different solubilities and mobilities under the
same sediment conditions. For example, most alkali (e.g., Li, Na, K, Cs) metals are
less particle-reactive than transition metals, and tend to remain dissolved in the wa-
ter column or porewater; thus their sediment profiles are often not indicative of their
depositional history (Fig. I, panel W3). Peak activities of '*’Cs in a sediment profile
may be useful to mark the ages of sediment deposited from the mid-1950s to early
1960s ('*7Cs source was fallout from nuclear bomb testing) or in 1986 (fallout from
the Cheronobyl accident). However, in many cases its profile is not stable enough
over time to reliably reconstruct a detailed '*’Cs depositional history or to determine
a sedimentation rate (e.g., Klaminder et al. 2012), although contrary examples ex-
ist (e.g. Outridge et al. 2005; Rosen and Van Metre 2010). A more particle-reactive
radioisotope, such as 2!°Pb or ?*! Am, is often more suited for the purpose. The most
reliable dating approach involves measurement of multiple radioisotopes (common-
ly, 21%Pb and '*’Cs) as a means of mutual corroboration (Smith 2001).

Most metals of environmental and ecological concern (e.g., Cd, Cu, Hg, Pb,
Mo, Ni, Tl, U, Zn) are particle-reactive in the aquatic environment, thus sorbing
onto aquatic particles or “carrier phases” such as organic matter, Fe- and Mn-oxy-
hydrides. They may also precipitate or coprecipitate as relatively insoluble mineral
phases, for example as metal sulfides, depending on the metal and the redox con-
dition of the environment (Stumm and Morgan 1996). Comparison of the relative
importance of binding by Fe oxyhydroxides and organic matter (humic material)
in oxic sediments found that anionic metals such as As, Mo and Sb as well as the
cationic metal Pb were preferentially bound to oxyhydroxides, whereas Hg, methyl-
Hg, and to a lesser extent Ag, Cd, Cu, Zn were predominantly attached to organic
matter (Feyte et al. 2010). While a few of these metals appear to be quite immobile
and exhibit stable profiles once deposited in some sediments (e.g., Hg: Lockhart
et al. 2000; Rydberg et al. 2008; Feyte et al. 2012; Percival and Outridge 2013),
others could be subject to significant remobilization and redistribution depending
on biogeochemical conditions, as discussed below. Even the profiles of relatively
immobile elements such as Hg have been shown to be significantly altered over
long periods of time in some marine settings, such as the extremely low sedimenta-
tion rate environment of the Central Basin of the Arctic Ocean (Gobeil et al. 1999).

Another factor in the reactivity and stability of deposited metals is their specia-
tion in the original geological host rock, which is often overprinted by speciation
changes during anthropogenic processing prior to release into the environment.
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While the speciation of metal emissions is likely source-dependent and can occur
as a wide variety of mineral phases, particulate-bound metals such as Zn, Cd, Pb,
Ni and Cu released from high-temperature sources such as base metal smelters and
coal-fired power plants are often found as metallic alloys, sulfides, silicates, oxides
or sulfates (e.g., Choél et al. 2006; Sivry et al. 2010; Skeaff et al. 2011). Mercury, on
the other hand, has a very different speciation in the atmosphere (primarily as gas-
eous elemental Hg, with varying fractions of gaseous oxidized and particulate Hg)
and in industrial emissions and atmospheric deposition (primarily as gaseous oxi-
dized and particulate Hg; Fitzgerald and Lamborg 2007). Weathering of deposited
metal particles in soils can further alter their speciation prior to entry into aquatic
systems (Manceau et al. 2000; Lanteigne et al. 2012). The connection between the
speciation of metals emitted from different sources, their weathering and subse-
quent stability in sediments, is an under-investigated area of research.

A general association has been found between increasing distance from point
sources, declining average particle size in air and the chemical reactivity, solubil-
ity or “exchangeability”” of metals contained in those particles (Spokes and Jickells
2007). Smaller particles of nanometer-scale diameter are generally more reactive
than larger particles of micrometer size, probably because of their larger surface
area to mass or volume ratios. This pattern suggests that sediments closer to point
sources may receive a higher proportion of less chemically reactive particles than
more distant lakes, although whether this has any implications for metal profile
stability in those sediments has not been investigated to our knowledge.

Environmental Factors

pH

The stability of the sedimentary profiles of many metals can be highly dependent
on the pH of the overlying water and sediment porewater due to the pH-dependence
of complexation, sorption, precipitation and redox reactions that govern metal par-
titioning between solid and aqueous phases. Desorption of cationic metals typically
follows a negative asymptotic relationship with pH, with modeling indicating Cu,
Pb, Zn and Cd desorption from natural sediments goes from nearly 0% to almost
100 % within one pH unit beginning at a pH of 6.0-7.5 depending on the metal and
sediment conditions (Wang et al. 1997). For instance, in an acidic, oligotrophic lake
(Lac Tantaré) on the Canadian Shield, a pH increase from about 5.5 in the overlying
water to 6.5 in the sediment porewater is at least partially responsible for a signifi-
cant increasing gradient of dissolved Cd concentration from the overlying water to
sediment porewater. As a result, there is a considerable amount of dissolved Cd be-
ing transported from the overlying water to the surface sediment, complicating the
determination of the deposition history of Cd from its sedimentary record (Alfaro-
de la Torre and Tessier 2002). High contributions of diffusing dissolved metals to
sedimentary solid phase metal profiles in acidic lakes have also been reported for
Zn, Cu and Ni (Carignan and Nriagu 1985; Carignan and Tessier 1985).



The Stability of Metal Profiles in Freshwater and Marine Sediments 45

The reverse process could also occur in which lower pH in sediment porewater
results in dissolved metals diffusing upwards to the overlying water (Widerlund
et al. 2002; Lesven et al. 2008). There are a number of reports in the literature of
Pb being released to overlying waters by lake acidification, which suggests post-
depositional alteration of Pb profiles (e.g., White and Driscoll 1985; Widerlund
et al. 2002). However, the commonly reported findings of agreement between sedi-
mentary and atmospheric Pb histories (Lockhart et al. 2000; Gallon et al. 2004), or
between 2!°Pb-derived age dates and sediment varve counts (Appleby et al. 1979;
Crusius and Anderson 1995; Gajewski et al. 1997) suggests that Pb profiles are
stable in many freshwater sediments.

Although significant pH changes do not often occur in marine environments,
they may in estuarine environments owing to the tidal exchange of freshwater and
seawater which affect pH, salinity, organic matter concentrations and other geo-
chemical parameters. Here, pH changes from near-neutral (freshwater) to alkaline
(seawater) can reduce the release of dissolved Cd, Zn, Fe and Mn from porewaters
into overlying waters (Hong et al. 2011). However, in the controlled microcosm
study performed by Hong et al. (2011), total metal release was significantly higher
for Cd in seawater because of anion complexation just above the sediment-water
interface, suggesting a possible impact on Cd profile stability. Total Zn release from
these sediments was comparatively unaffected by changes between freshwater and
seawater.

Redox Condition

The stability of sedimentary profiles of many particle-reactive metals is sensitive to
the redox condition of sediment and hypolimnetic waters as indicated by redox po-
tentials (Eh). Redox condition in sediments is strongly influenced by factors includ-
ing the extent of oxygen penetration, flux of labile organic matter, rate of inorganic
sedimentation, and benthic macrofaunal activity. Anoxia occurs naturally within the
first few centimeters of the sediment profile when the oxygen flux into sediments
is exceeded by the rate of labile organic matter input (Stumm and Morgan 1996;
Gobeil et al. 2001). Even in organic matter-poor systems, such as the Arctic Ocean
Central Basin, redox gradients can develop if sedimentation and surface mixing
rates are sufficiently low to allow anoxia to develop in the upper sediment layers.
This then results in significant diagenetic remobilization of Hg associated with Fe
cycling in these sediments (Gobeil et al. 1999). Slowly accreting sediments also
provide more time for dissolved metals in porewaters in the upper core to interact
with the water column.

The significance of the redox condition of sediments is that it directly controls
metal speciation in sediments, which in turn affects the stability of metal profiles.
In strongly reducing sediments below the depth of oxygen penetration, metals and
metalloids often precipitate as insoluble sulfides or co-precipitate with Fe pyrites
(e.g. Huerta-Diaz et al. 1998; Sundby et al. 2004; Canavan et al. 2007) provided suf-
ficient sulfide is present. Sulfide production is driven by microbial sulfate reduction
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during organic matter decomposition (Stumm and Morgan 1996). In marine sedi-
ments and salt marsh soils, abundant sulfate and microbial communities produce
generally high concentrations of sulfide, with pyrite being the most common end-
product (Huerta-Diaz and Morse 1990; Soto-Jiménez and Paez-Osuna 2008). But
even in many anoxic freshwater sediments, which generally exhibit lower sufate
levels than marine sediments, sulfide mineral phases may also immobilize trace
metals (Huerta-Diaz et al. 1998; Canavan et al. 2007). In surface sediment layers
exhibiting oxic and sub-oxic conditions, metal adsorbed onto Fe and Mn oxyhy-
droxides typically dominates metal speciation (Canavan et al. 2007; Soto-Jiménez
and Paez-Osuna 2008). Given on-going sediment accumulation, metals are ulti-
mately buried in permanently anoxic deep sediment layers, unless oxidative dis-
solution of the sulfide mineral phases occurs upon sediment mixing by physical or
biological sediment disturbances.

Scholz et al. (2011) demonstrated the dominant role of redox status in an elegant
study of redox-sensitive metal cycling on the Peruvian continental shelf. Transient
fluctuations in the spatial extent of oxygenated bottom waters across the shelf and
slope, brought about by variations in ocean upwelling, primary productivity and
oxygen depletion related to the El Nifio Southern Oscillation (ENSO), resulted in
dramatic changes in the cycling of Fe, Mn, V, and Mo between water and sediments
and within sediment profiles. During positive-ENSO years (EI Nifio events) when
bottom waters are well oxygenated, terrestrial Fe and Mn oxides and oxyhydroxides
which precipitated at the edge of the retreating oxycline transferred particulate V
and Mo to shelf sediment surfaces. During anoxic conditions prevailing in negative-
ENSO years (La Nifia), the Fe and Mn carriers in surface sediments were reductive-
ly dissolved and the adsorbed V and Mo released into porewater where they were
precipitated by sulfides. This alternation between deposition from the water during
oxic periods and authigenic V and Mo attachment to pyrites during anoxic periods
led to the preferential accumulation of V and Mo in shelf sediments. During subse-
quent oxic years, authigenic V was readily reoxidized and remobilized while authi-
genic Mo remained sequestered. Scholz et al. (2011) suggested that these processes
could lead to enriched bands of Mo that may be interpretable as long-term histories
of ENSO-related oxygenation of bottom waters. From a Swiss lake, Schaller et al.
(1997) similarly reported that bands of high Mo concentrations and Cr/V ratios in
a sediment cores were strongly correlated with the occurrence of long periods of
eutrophication and hypolimnetic anoxia during part of the twentieth century. High
Mo concentrations were formed by scavenging of dissolved Mo by precipitating
Mn oxides at the oxic/anoxic boundary and Fe sulfides in the hypolimnion. High
Cr/V ratios were caused by high particle reactivity of chromate and low reactivity
of vanadate which were reduced in the anoxic water column. The transition from
oxic to anoxic conditions was marked by peaks in Fe, Mn and As concentrations.

Metals differ in their redox reactions and solubilities under oxic and anoxic con-
ditions. Some metals (e.g., As, Cr, Fe, Mn, Mo, Re, U) exhibit different solubilities
among their various oxidation states. For instance, sedimentary Fe and Mn are typi-
cally enriched under oxic conditions as Fe(II)- and Mn(I'V)-oxides and oxyhydrides,
depleted under reduced conditions as soluble Fe(Il) and Mn(II) species in porewater,
and can be enriched again under sulfidic conditions as Fe(II)- and Mn(Il)-sulfides.
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On the contrary, metals such as As, Cd, U, Mo, and Re tend to be soluble under oxic
conditions and precipitate or co-precipitate with pyrites under reducing conditions
(Sundby et al. 2004; Morford et al. 2009). Therefore, the sedimentary profiles for
these elements can be used in paleoceanographic studies to infer past changes in bot-
tom water oxygenation (e.g. Burdige 2006; Morford et al 2009; Scholz et al. 2011),
but do not represent the atmospheric depositional histories of these metals.

Even if a particle-reactive metal is not subject to direct redox reactions in sedi-
ments, the shape and magnitude of its concentration distribution can still be affected
by redox conditions due to remobilization of the metal’s carrier phases. Reductive
dissolution of Fe- and Mn-oxyhydroxides, for instance, is known to result in dia-
genetic remobilization of Pb (e.g. Benoit and Hemond 1991; Balistrieri et al. 1994;
Gallon et al. 2004) and As (Couture et al 2008) in some freshwater settings. In the
open ocean, sinking organic matter represents the dominant source of most metals
to the sediments (Morel and Hudson 1985). Upon oxidative degradation of organic
matter (remineralization) in the sediments, the metals carried by this organic matrix
can be released, followed by subsequent re-adsorption by Fe- and Mn- oxyhydrox-
ides that are subject to remobilization upon reduction (Burdige 2006).

Other Factors

In addition to the site-specific environmental conditions described above that af-
fect geochemical diagenesis of metals, physical diagenesis is influenced by other
factors such as the water depth (shallow water tends to see more mixing because
of wind and water current action), sediment bathymetry (more mixing in estuaries
and continental shelves with shelving bottoms than in deep basins), and especially
by benthic faunal activity (bioturbation). Bioturbation is a particularly common
problem in coastal and shelf marine sediments (Johannessen and Macdonald 2012).
Its importance in perturbing the profiles of metals (and other sediment properties)
can be gauged using a diffusion model developed by Guinasso and Schink (1975)
which involves a biodiffusion coefficient (D, cm’ ky—'), the thickness of the mix-
ing zone (L; cm) and the sedimentation rate (v; cm ky™'). The model predicts that
the importance of biological mixing in shaping the peak of a contaminant depends
on the mixing parameter (G=D/(L-v)). According to Guinasso and Schink (1975),
for G>10 the contaminant profile in the SML becomes homogeneous before the
sediments are permanently buried below the SML, whereas for G<0.1, negligible
mixing takes place. Between these values, varying amounts of homogenization of
the contaminant peak can be expected.

Tests of Metal Profile Stability

Three general approaches have been explored to test metal profile stability: mea-
surement of porewater metal concentrations in association with modeling of the
impact of their diffusion on solid phase (total) metal profiles; comparison of
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sediment metal profiles against well-documented input histories; and resampling of
sediments over decades to judge whether marked changes in profile peak shape and
height have occurred.

Porewater Metal Modeling

The first approach has been elegantly demonstrated with different metals in a series
of papers by the Tessier—Gobeil research group in Quebec, Canada. The main study
lake, Lac Tantaré, Quebec, is a small (1.1 km?), acidic, and oligotrophic (chloro-
phyll-a: 0.2-0.9 nM; total P: < 5 nM; planktonic primary production: 50 mg C m™
d™") lake (Alfaro-de la Torre and Tessier 2002), which is typical of many Canadian
Shield lakes. The lake has several distinct basins, with Basin A (pH 5.5-5.8, maxi-
mum depth=15 m) having a perennially oxygenated hypolimnion, and Basin B
(pH 6.6-7.0, maximum depth=22 m) exhibiting a seasonally anoxic hypolimnion
(Feyte et al. 2010). Through analysis of porewater and solid phase sediment pro-
files of the metals of interest and other variables, along with diagenetic modeling,
it was found that the contribution of diagenetic processes to the profiles of total
metal concentrations in the sediment of the seasonally anoxic basin (Basin B) was
negligible to low for Hg (Feyte et al. 2012) and As (Fig. 6; Couture et al. 2008). As
a result, the sediment profiles of those metals from this basin can be used directly
for reconstructing depositional histories with no or minor correction for diagenesis.

The stability of sedimentary metal profiles in the perennially oxic basin (A),
however, is metal-specific. While the diagenetic addition to total metal concen-
trations was low (<3 %) for sedimentary Hg (Feyte et al. 2012), Pb (Gallon et al.
2004), and U (Chappaz et al. 2010), diagenetic processes contributed about one-
third of the total sediment concentrations of Cd (Alfaro-de la Torre and Tessier
2002), Tl (Laforte et al. 2005), Re (Chappaz et al. 2008b), and Mo (Chappaz et al.
2008a), and up to 60 % of As (see Fig. 6; Couture et al. 2008) in upper sediment lay-
ers. Therefore, correction for the impacts of diagenesis on the accumulation profiles
of these elements in oxic sediments is essential to arrive at an accurate history of the
original fluxes of particle-bound elements at the sediment surface (see Sect. 5.2).
The explanation for the stability of As and Mo profiles and their accurate represen-
tation of atmospheric deposition histories in basin B, but not in basin A, lies in the
seasonally fluctuating anoxia in the hypolimnion of basin B (Couture et al. 2008).
This fluctuation prevented the formation of the authigenic Fe oxyhydroxides in the
surface sediments of basin B to which Mo and As became associated in oxic basin
A. Subsequent burial and reductive dissolution at depth of the Fe oxyhydroxides in
basin A released the associated As and Mo into porewater, to ultimately either partly
enter the water column (Mo) or become bound again with Fe oxyhydroxides near
the sediment surface (As and Mo).

This series of studies has not only established porewater measurement and mod-
eling as a powerful tool to evaluate the stability of sedimentary metal profiles in
lakes, but also reinforced the dominant importance of sediment oxygen status in
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redox-sensitive metal geochemistry. It should be noted, however, that the events in
this freshwater lake sediment is different from that in coastal or marine sediment
(e.g., the Peruvian Shelf discussed above) where sulfide concentrations are much
higher.

Concurrence with Known Inputs

There is a voluminous literature concerning the second approach to testing metal
profile stability, from which it is possible to select only a few examples. Lockhart
et al. (2000) compared Hg profiles in three Canadian Shield lakes. Two had re-
ceived particulate Hg in tailings discharge from a gold mine or a cinnabar mine,
whereas the third lake received liquid elemental Hg discharges from a chlor-alkali
plant during the 1960s. In all three cases, the radiometrically-dated depths of the Hg
peaks in sediment cores were in good agreement with the periods of operation of the
pollution sources, suggesting negligible Hg mobility after deposition. In a contrary
example, Widerlund et al. (2002) reported Pb remobilization from deeper sediment
layers in a lake in Sweden that received liquid effluents from an adjacent Pb-Zn
mine. The result was higher Pb concentrations in recent sediments deposited after
the mine closed than were predicted based on the reduction in emissions.

Comparison of metal profiles with an independent marker of an anthropogenic
source is also a powerful check on metal profile veracity. Poly-aromatic hydrocar-
bons (PAHs), for example, are a marker of coal-combustion related emissions. In
Lac Tantaré, Quebec, the uncorrected flux profile of As (of which coal is a major
airborne source) in basin B agreed with that of PAHs, supporting the view that the
sediment As profile in that basin faithfully represented atmospheric As deposition
trends without any modeling correction required (see Fig. 6).

Resampling

The third approach, namely resampling of sediments, although visually compelling
is uncommon because it requires the availability of cores from lakes which were
previously sampled decades ago. To date only three such studies have appeared.
Lockhart et al. (2000) used multiple samplings of Clay Lake (Ontario, Canada) over
24 years to show that total Hg profiles were stable in terms of their maximum peak
height and shape over this time span. Rydberg et al. (2008) reported stable total Hg
profiles in multiple cores taken over 28 years from a remote Swedish lake receiv-
ing atmospheric Hg deposition (Fig. 4a). Methyl Hg (MeHg) profiles, on the other
hand, were highly unstable, exhibiting marked declines in specific sediment layers
within a few years of their original sampling, and up to 60% loss over 20 years
(Fig. 4b). Net demethylation as the layers became more deeply buried was the most
likely explanation, as was reported in other sediments showing elevated surface
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Fig. 4 Concentration changes in sediment layers repeatedly sampled a) over 25 years in total
mercury, and b) over 22 years in methylmercury concentrations, between 1978 and 2003 in a lake
in northern Sweden. (Source: adapted from Rydberg et al. 2008). Different symbols indicate cores
taken in different years; sediment age of 0 is when the sediment was newly deposited

MeHg (Hines et al. 2004; Feyte et al. 2012). In this context, therefore, demethyl-
ation can be regarded as a type of diagenesis.

Multiple elements (Cd, Cu, Hg, Pb and Zn) were compared in sediment cores
taken in 1985 and 2004 from four lakes near a base metal smelter (Percival and
Outridge 2013). Increases in metal concentrations commenced significantly deeper
in the sediment profiles than the documented start of smelting in 1930, which could
be attributable either to 2!°Pb dating inaccuracies, or smearing of the smelter input
signal by surface sediment mixing, or to the transport and deposition of metals
from long-range industrial sources prior to 1930. In most study lakes the metal
profiles between 1930 and 2004 were consistent between repeated samplings in
1985 and 2004, indicating that even if physical mixing had occurred at historical
sediment surfaces, diagenesis below the depth of the surface mixed layer in 2004
was insignificant.
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In the most polluted lake, however, there was evidence of some degree of remo-
bilization of Cd, Cu and Pb, which exhibited higher concentrations in the upper few
centimetres of the 1985 cores when the lake was resampled in 2004 (Fig. 5a, b, c).
Those sediment layers were found at a depth of 7-10 cm in 2004 (Fig. 5f). Mercury
and Zn profiles on the other hand did not show this remobilization (Figs. 5c, e), as
the concentrations of these metals in the sediment layers in 2004 overlapped those
in the same sediments sampled in 1985. The agreement between most profiles con-
cerning the timing of the initial onset of metal increases in the early 1930s is also
particularly suggestive of a long-term stability. Because these increases occurred in
sediments deposited during the early decades of the twentieth century, the agree-
ment between profiles determined in the 1985 and 2004 sampling campaigns sug-
gests a stability of that portion of the trace metal profiles over at least seven decades
(Percival and Outridge 2013).

Correcting and Interpreting Diagenetically-Altered Metal
Profiles

The impact on metal profiles of the two types of diagenetic processes (physical and
geochemical) may be correctable in different ways. The consequences for interpret-
ing diagenetically-altered metal profiles are also different in each case.

Correction for Mixing

Significant mixing of upper cores interferes with 2!°Pb dating such that dates can no
longer be attached to specific sediment depths (Johannessen and Macdonald 2012).
Being unable to attach a reliable chronology to down-core sediments obviously
limits the scope of the interpretation and conclusions that can be drawn from metal
profiles. In extremely slowly accreting sediments such as in deep-ocean basins,
SMLs may also introduce errors into radiocarbon age-depth models, if the SML
represents a significant fraction of the depths that have been dated. Particle-bound
carbon is no more immune to mixing than lead.

However, as discussed in detail by Johannessen and Macdonald (2012), some
information can be gleaned from mixed metal profiles, such as the total historical
inventory of contaminants deposited at a site, and the maximum possible sedimen-
tation rate. Increasing and decreasing trends may be qualitatively discernable, al-
though rates of change and fluxes cannot be estimated without additional modeling
of 21%Pb profiles and transient signals such as '3’Cs. Insights can also be gained
into plausible hypotheses of metal input histories which could explain the observed
metal profile; the modeling thus constrains the interpretive possibilities.

Hare et al. (2010) provide an example of the treatment and interpretation of met-
al profiles in sediments with significant SMLs. Twelve sediment cores were taken
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Fig. 5 Down-core concentration profiles of a) Cd, b) Cu, ¢) Hg, d) Pb, and e) Zn in 1985 cores,
and duplicate cores in 2004, taken from Meridian Lake (South Basin), Manitoba, and f) the depth-
date chronology (based on 2!°Pb activity) for the 2004 cores. (Source: adapted from Percival and
Outridge 2013). 1985 data originally presented by Harrison et al. (1989). The undated 1985 core
data were aligned with 2004 core data using the 2004 depth-date chronology (panel f) to identify
the depth of 1985. Cores 1 and 2 in 2004 were taken within a few metres of each other in the
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from Hudson Bay, which varied in the depth of the SML (from 1 to 10 cm) and
exhibited very different Hg profiles. To correct for the mixing, mercury flux histo-
ries in the cores were modeled with a two-layer sediment mixing model previously
applied to understand transient Hg inputs to coastal marine sediments (Johannessen
et al. 2005). Mercury profiles were reproduced with a combination of input func-
tions representing time periods with steady Hg concentrations, and time periods
with linearly increasing or decreasing Hg concentrations in the incident particles.
A second input function for each core, corresponding to a second change in Hg
concentration, was included when necessary to reproduce the observed profile.
Such changes in Hg flux were adjusted to match the observed vertical profiles by
manipulating the Hg concentration, the date of onset, and the time over which an
input signal lasted. The resulting Hg flux histories represented the simplest input
functions that reproduced the observed sediment Hg profiles. Using this approach,
Hare et al. (2010) were able to correct for the effect of mixing, with the resulting
flux reflecting the known history of atmospheric Hg deposition in North America.
This successful reconstruction allowed them to show that the Hg record contained
in Hudson Bay sediments was largely controlled by natural changes in organic mat-
ter composition, dynamics and particle flux in the system, which were at least as
influential as changes in atmospheric Hg emissions.

Modeling Corrections for Geochemical Diagenetic Processes

For correcting the effects of geochemical processes, the work of Tessier and Go-
beil and their students provides clear direction about modeling approaches to be
employed. This typically involves the application of one-dimensional (1-D; i.e.,
perpendicular to the sediment-water interface) diagenesis models to porewater met-
als data to estimate the amount of a metal added to or removed from the solid
phase during diagenesis (e.g., Gallon et al. 2004; Laforte et al. 2005; Couture et al.
2008; Chappaz et al. 2008a, b; Feyte et al. 2012). Since most metals are bound to
the solid phase, even small concentration changes in the solid phase can produce
large changes in porewater concentrations, making porewater a sensitive indicator
of ongoing diagenetic reactions. If diagenesis has significantly altered the sediment
profiles, subtraction of these estimates from the measured total concentrations in
sediment can lead to a robust reconstruction of atmospheric deposition histories.
Application of this approach to As profiles in Lac Tantare, Quebec, resulted in good

deepest point of the lake; the sampling point in the lake in 1985 was not identified. Sediment depth
in 2004 cores associated with the 1930 opening of the Flin Flon smelter is indicated by a solid
grey line in all panels. “1985 original” metals data (mean=+ | standard deviation (SD) of 4 cores) as
reported by Harrison et al. (1989); “1985 reanalysed” data are from one remaining 1985 core that
was reanalysed with the 2004 sediments. “1985 original” Pb data were not reported by Harrison
et al. (1989). Evidence of remobilization of Cd and Cu is inferred because metal concentrations
in the upper 2004 cores (8 to ~12 cm) differed by more than one SD from the mean values in the
same sediments sampled in 1985; remobilization of Pb is inferred because the Pb data from one
“1985 reanalysed” core were ~20 % lower than the same sediments resampled in 2004
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Fig. 6 Reconstruction of atmospheric anthropogenic As deposition in sediments of Basins A and
B of Lac Tantar¢, compared with flux of polycyclic aromatic hydrocarbons (PAHs) in Basin A
and measured atmospheric As fluxes in rural North America. (Source: adapted from Couture et al.
2008). Contrast profiles of uncorrected As concentrations (green squares in Figs. 3a, ¢) and this
figure’s corrected fluxes. Anoxic Basin B originally gave a correct history whereas oxic Basin A
data required significant modeling correction

agreement between the As fluxes determined in the oxic (A) and anoxic (B) basins
of the lake, and with measured atmospheric As and PAH fluxes (Fig. 6). Similarly
good agreement was reported with correction of profiles of Tl (Laforte et al. 2005)
and Mo (Chappaz et al. 2008a), both of which, like As, derived mainly from atmo-
spheric emissions of coal combustion in North America.

Readers who are interested in a detailed mathematical treatment of diagenesis are
advised to consult Berner (1980), Boudreau (1997, 1999) and Burdige (2006). Brief-
ly, assuming that: (i) the concentration C of a metal at a specific depth x is at steady
state; (ii) molecular diffusion and bioturbation are the only important diffusive pro-
cesses in porewater; and (iii) bioirrigation is the only important advective process in
porewater, then the standard 1-D conservation (i.e., balance) equation for porewater
concentration can be simplified to (Boudreau, 1997; Chappaz et al. 2008a):

dpC 8 ac
PW PW
= Al QD( DS + DB ) +(pa(cburrow_CPW)+ RNet =0 (1)
ot Ox —— = ——
molecular  bioturbation bioirrigation reaction
diffusion

where C,, is the metal concentration in porewater (mol cm™ of porewater), C,
is the metal concentration in the burrows of benthic animals (mol cm™ of porewa-
ter), ¢ is the porosity (volume ratio of porewater to bulk sediment), D is the ef-
fective molecular diffusion coefficient in the sediment pores (D,=D,_ /6% where D,
is the molecular diffusion coefficient (cm? s™') in free solution, and 0 is tortuosity
which can be empirically estimated from ¢), Dy, is the biodiffusion coefficient (cm?
s71), a is the bioirrigation coefficient (s™), and R _ is the net rate of production of
dissolved metal in porewater (mol cm™ of whole sediment s71).
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Equation (1) can be solved numerically for Ry, using the computer code PRO-
FILE (Berg et al. 1998) or by the Rate Estimation from Concentration (REC) model
(Lettmann et al. 2012). The metal concentration due to diagenetic reactions that add
to or remove from the solid phase during sediment burial can then be calculated as:

X=X Rnet < Rnet
Cs,diagenetic = _I —0 —dx = — Z —Ax (2)
x= mVS =0 mVS

where x; is the depth of a sediment layer, m is the dry bulk density of whole sedi-
ment (g cm ™ of whole sediment) and v, is the sedimentation rate (cm yr'). There-
fore, the metal concentration in the settling particles deposited at the sediment sur-
face (CS’ deposite 2 can be calculated from the difference between what we measured
(C )and C

s, measured- s,diagenetic”

c

s,deposited =

C

s,measured

- Cs,diagenetic (3 )

The corrected C_ deposited CAN then be plotted against sediment depth (and age) to
established the depositional history.

To make the solution to Eq. (1) simpler, the choice of sampling site is important.
For instance, when a sediment core is taken from a lake with a seasonally or perma-
nently anoxic hypolimnion, the biodiffusion and bioirrigation terms in Eq (1) can be
neglected due to the absence (or small population) of benthic animals. Otherwise,
the Dy, and a parameters must be estimated which requires at least an evaluation of
the benthic community.

An important consideration for this approach is that porewater profiles of the
metals need to be measured reliably to avoid cross-contamination and alterations
in metal speciation. In situ sampling techniques such as dialysis samplers (“peep-
ers”) (e.g., Carignan et al. 1985) and thin-film probes (e.g., the diffusive gradient in
thin film technique—DGT; Davison and Zhang 1994) are the preferred techniques
wherever feasible.

Practical Recommendations

Numerous practical criteria guide decisions such as which lakes or basins are to be
sampled, how many sediment cores are taken, and subsequently which analytical
parameters are determined. In order to minimize problems associated with metal
instability and diagenesis, and to aid in interpreting problematic metal profiles,
the following considerations should be added to those criteria. While other factors
may ultimately constrain the selection of study sites to less than ideal locations
(from a diagenesis perspective), and one may have only limited prior limnological
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or sedimentological information (especially in remote areas), being aware of the
features that promote metal stability may help to make positive choices. These then
will increase the confidence one has in the interpretation of metal profiles in the
chosen lakes. Above all, the possibility of diagenetic alteration of metal profiles
must always be considered, and its occurrence should be evaluated with appropriate
ancillary chemical data.

Site Selection The series of studies in Lac Tantaré, Quebec, reviewed above, clearly
points to stratified lakes or lake basins with anoxic hypolimnia as advantageous
study sites for metal deposition research because of the minimal diagenetic altera-
tion of most metal profiles. The advantage stems from the fact that surface sediment
oxyhydroxide formation, the diffusive influx of metals which are dissolved in oxy-
genated waters, and the amount of bioturbation are all limited by the low-oxygen
conditions that develop during extended periods of stratification. Thus, monomic-
tic, dimictic and meromictic lakes are recommended over polymictic lakes. Low-
oxygen marine basins would be similarly preferred. Deeper lakes are preferred over
shallow lakes, as wind-driven disturbance of water column stratification will be
lessened.

Minimizing the period of time during which recently deposited sediments may
be perturbed by benthic biota, and porewaters can exchange dissolved metals with
the water column, is also desirable as this reduces the opportunity for surface mix-
ing layers to develop and for certain types of geochemical diagenesis to operate on
solid-phase metal profiles. Therefore, metal profiles from lakes or marine basins
with higher sedimentation rates should have on average fewer diagenesis issues
than sites with lower sedimentation rates. Finally, because of site-specific hydrol-
ogy, oxygen status, and biological activities, sediment cores taken from different
sites within the same water body could exhibit quite different metal profiles (see
Rosen, this volume). Therefore, reproducibility (or lack thereof) of metal profiles
from the same water body is not necessarily indicative of stable and reliable (or
unstable and unreliable) depositional histories. Assessment of the stability and reli-
ability of target metal profiles is preferred in the light of ancillary geochemical data
on known redox status indicators such as Fe, Mn and S (see below).

Profile Interpretation Evaluating whether metal profiles are stable and so accu-
rately represent a depositional history, or have been significantly altered by diagen-
esis, requires ancillary parameters to be measured in addition to the primary metals
of interest. The radioisotopic tracers needed for establishing a sediment chronology
and sedimentation rates—primarily 2'°Pb and secondarily '3’Cs or an alternate such
as 2! Am—can serve as a check on the degree of physical mixing of the profiles.
However, recent increases in sedimentation rate in some instances can result in flat-
tened, homogeneous isotope profiles at the tops of sediment cores, which mimic the
effects of bioturbation and sediment mixing. Analysis of single metals in isolation
is to be avoided, because the similarities and differences between the profiles of dif-
ferent metals and other elements, especially those such as Fe, Mn, Mo, Re, S or U
that are known to be redox-sensitive, can provide important information about the
degree of geochemical diagenesis that may have occurred. Analysis of other sur-
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rogate measures of pollution inputs, such as PAHs, relevant to the metals of interest
can also serve as an independent check on the interpretation of their profiles.
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Calculating Rates and Dates and Interpreting
Contaminant Profiles in Biomixed Sediments

Zou Zou A. Kuzyk, Robie W. Macdonald and Sophia C. Johannessen

Abstract Contaminant profiles in well-dated sediment cores represent extremely
valuable natural archives of environmental contamination, by which contaminant
sources, history and cycling may be determined and contaminant concentrations in
surface sediments projected into the future. However, most marine and estuarine
sediments are mixed by benthic organisms to a depth of at least 2-20 cm, which
introduces significant risks of misinterpreting and misapplying these archives if
biomixing is not explicitly taken into account. This chapter offers a step-by-step
guide to avoiding common pitfalls and appropriately applying biomixed sediment
archives to reconstructing contaminant inputs to the environment. By the use of
simple models, radioisotope tracers (>!°Pb, '37Cs) may still be applied to establish
geochronologies in biomixed cores and to validate the sedimentation rates and dates
derived. Having obtained (and validated) sedimentation and mixing rates for bio-
mixed cores, contaminant profiles may then be interpreted through the further use
of models in a way that explicitly accounts for mixing. As with any sediment core,
the main caution when one attempts to infer contaminant releases from deposition
histories reconstructed from biomixed sediment cores are the unknown possible
impacts of environmental variation and change.
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Introduction

Sediments are widely used as natural archives of environmental contamination.
Fine-grained sediments represent major sinks for particle-reactive contaminants
that are resistant to degradation, including polychlorinated biphenyls (PCBs) (cf.
Kuzyk et al. 2010), dioxins and furans (Macdonald et al. 1992), polybrominated
diphenyl ethers (PBDEs) (Johannessen et al. 2008), polycyclic aromatic hydrocar-
bons (PAHs) (Yamashita et al. 2000), and trace metals like Cu, Pb, Cr, Zn (Bopp
et al. 1993) and Hg (Hare et al. 2010; Johannessen et al. 2005). These contaminants
may be supplied by local sources (Valette-Silver et al. 1993) or may be transported
by rivers, long-range atmospheric transport or, in the marine environment, by ocean
currents (Gustafsson et al. 2001; Kuzyk et al. 2010; Macdonald and Thomas 1991).

Contaminant archives in sediments have been applied to several important ques-
tions. In some instances, the contaminant burden in sediments is used to assess
the exposure and possible risks to wildlife from contaminated sediments. For this
application, it may be appropriate to collect only surface sediment grab samples
(cf., Brown et al. 2013; Kuzyk et al. 2005; Power and Chapman 1992). However,
to determine the contaminant sources, history and cycling, or to project future con-
taminant concentrations in surface sediments, contaminant profiles in well-dated
sediment cores are required. In areas where long-term monitoring has been limited
(or nonexistent) and/or sources of contaminants are unknown, the proxy records
in the sediments may represent the only means of reconstructing the sources and
long-term trends in contaminant release to the environment. Contaminant profiles
in dated cores can also provide two of the most important components of contami-
nant budgets—the rate at which a contaminant is being buried and its inventory in
regional sediments (cf., Hare et al. 2008; Outridge et al. 2008).

Despite the tremendous potential of sediments as tools for reconstructing con-
taminant sources and inputs, there are significant risks of misinterpreting and mis-
applying these archives. The major risk arises from the assumption that sediments
are inert, passive repositories that conveniently store layer upon layer of local or
regional contamination history. In lake sediments, mixing is generally insignifi-
cant because of a less active benthic community or anoxic bottom waters (Appleby
2001; Robbins 1978). In contrast, most marine and estuarine sediments are mixed
by benthic organisms to a depth of 2-20 ¢m (or occasionally<40 cm) (Lavelle
et al. 1985; Robbins and Edgington 1975). These organisms affect the physical and
chemical properties of sediments and profoundly alter the depth distributions of
both geochronological tracers (e.g., 2'°Pb, 1*’Cs) and contaminants (Boudreau 1998;
Crusius and Kenna 2007). To determine sedimentation rates accurately and to re-
construct contaminant inputs in most marine and estuarine sediments, biomixing
must be taken into account explicitly.

Some previous studies have discussed various aspects of interpreting mixed
cores (e.g. Appleby 2008; Crusius and Kenna 2007; Guinasso and Schink 1975;
Johannessen and Macdonald 2012). The goal of this chapter is to provide a practi-
cal, step-by-step approach by which common pitfalls can be avoided and biomixed
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sediment archives applied appropriately to reconstructing contaminant inputs to the
environment. Although the approach applies to any biomixed sediment archive, we
focus on marine and estuarine sediments because these archives are very commonly
affected by biomixing. We will discuss: (1) The range of tasks that can be accom-
plished with contaminant profiles in marine and estuarine sediment cores; (2) What
sediments record and what they do not; (3) How sediments operate on signals, or
produce their own signals; and (4) How to use simple models to obtain the most
information possible from the records at hand.

After outlining the problem of mixing (how it complicates the interpretation of
sediment archives (Sect. 2)), the chapter discusses the sequence of critical steps
required to develop accurate contaminant histories from biomixed cores (Fig. 1).
After collecting and subsampling a core (Sect. 3), the next step is to establish a
robust sediment geochronology (Sect. 4), which accounts for mixing. Geochronol-
ogy provides the foundation from which contaminant profiles can be interpreted
(Sect. 5). Following the step-by-step guide, we present some caveats on the inter-
pretation of biomixed cores (Sect. 6), including the risk of false correlations and
post-depositional mobility, and offer a cautionary note about inferring contaminant
releases from deposition histories reconstructed from sediment cores because of the
impacts of environmental variation and change (Sect. 7).

1. Obtain sediment core from depositional basin
.
2. Section core at appropriate resolution
3. Subsample to determine porosity then dry samples

4. Analyze dry sediments for 2'°Pb and '¥'Cs

«

5. Determine sedimentation and mixing rates from profiles of 2'°Pb,

P

6. Verify sedimentation and mixing rates using '*"Cs profiles

.

7. Analyze dry sediments for contaminants

8. Test plausible contaminant input scenarios iteratively by
comparing observed and simulated contaminant profiles

9. Reconstruct simplest plausible contaminant input history

Fig. 1 Flowchart outlining the key steps required to develop a sediment contaminant profile that
can be fully interpreted in the context of deposition and post-depositional processes
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The Effects of Biomixing on Contaminant Profiles

Figure 2 illustrates the effect of biomixing (i.e., bioturbation) on a discrete contami-
nation event. It compares the theoretical development over time of a 3-year addition
of 3 pg ¢! of a contaminant to the surface of an accumulating sediment with no bio-
mixing (left-hand sequence) to sediments having the same sedimentation velocity
(0.35 cm yr ') and biomixing at a rate typical for sediments in productive coastal ar-
eas (50 cm? yr ! in the SML, 0.01 cm? yr ! below). A numerical advective-diffusive
model that explicitly accounts for both sedimentation and mixing (see Sect. 5) has
been used to simulate the profiles in the two cores.

The background concentration of the contaminant is 0.1 pug g ' in both cores.
After 3 years, the concentration of the contaminant in accumulating sediment de-
clines to 0.3 pg g!. This set of circumstances might well apply to Hg or Pb, for
example, where the contamination adds on to a natural background, and some of
the contaminant continues to cycle in the system after the event. Without mixing,
the pulse (square wave) maintains its concentration and, over time, is simply buried
deeper into the sediment column at the sedimentation velocity of 0.35 cm yr! (left-
hand sequence).

In the right-hand panel, the only change that has been made in the model is to in-
clude biomixing at a rate of 50 cm? year ' within the SML (top 2 ¢m of the core). In
the mixed sediment simulation, a contaminated layer added to the surface is mixed
downward within the surface layer in <1 year, resulting in a concentration gradient
(decreasing downward) that extends throughout the SML. Concentrations are ini-
tially higher near the surface because mixing is not instantaneous; however, mixing
within the SML nearly keeps pace with the addition of contaminated material to
the surface. As time progresses (by year 2), the contaminant concentration is nearly
constant throughout the SML. Meanwhile, a partially mixed contaminant profile
is being shed off the bottom of the mixed layer. That is, the contaminant record
preserved in the sediment below the mixed layer reflects the time evolution of the
concentration of contaminant at the bottom of the mixed layer. During the next few
years, the concentrations at the top of the SML decrease as additional uncontami-
nated sediment is added to the surface. The process of rapidly contaminating the
SML, and then diluting this slowly with clean material results in a nose-like feature
that has a sharper gradient during the rising phase (bottom of the nose) than during
the declining phase (see, for example, the profile at 5 years, Fig. 2b (right panel)
and Fig. 1 in (Guinasso and Schink 1975)). As clean material is added to the top of
the sediments, the continued mixing maintains moderately elevated concentration at
the top of the SML by mixing some of the contaminant back up toward the surface.
A gradient in contaminant concentrations (increase with depth) is often maintained
for many years because the mixing is too slow to keep up with the rate of addition
of uncontaminated material. Under these circumstances, the loss of contaminant
by burial below the SML scales with the average concentration in the mixed layer,
which implies that decline in SML contaminant concentration with time can be de-
scribed as a first-order kinetic (exponential decay, essentially). Sediments shed off
the bottom of the mixed layer with time reflect the concentration in the SML at the
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Fig. 2 The effects of mixing on a contaminant pulse introduced to sediments with sedimentation
velocity of 0.35 cm yr!. In the left set of panels, (a) a contaminant pulse (3 pg g™! beginning in
year 0 and extending over a 3-year period) is preserved and buried at a rate of 0.35 cm yr!. In the



66 Z. A. Kuzyk et al.

time of shedding, so the concentrations present deep in the core reflect the changing
concentration in the SML, not that of the original pulse. Varying the relative rates of
mixing and sedimentation velocity and the depth of the mixed layer produces a fam-
ily of curves (cf., Guinasso and Schink 1975; Johannessen and Macdonald 2012;
Johannessen et al. 2005; Silverberg et al. 1986). In particular, Fig. 1 in Guinasso
and Schink (1975) presents a very clear illustration of the variation in contaminant
profiles that can come about from identical source inputs subjected to different mix-
ing conditions. The net effects of surface mixing are to spread the contaminant pulse
over a range of depths; to push the pulse deeper in the core than the sedimentation
velocity by itself would do (compare right and left panels in Fig. 2); and to reduce
the peak concentration of a contaminant from that of the original pulse. The profiles
of other substances (e.g., dating tracers) introduced to sediments will also be af-
fected by biomixing. Consequently, biomixing needs to be taken into account even
for relatively simple efforts to establish sedimentation rate (e.g., using the first entry
of ¥7Cs to identify 1954). A feature used for dating such as a peak in tracer loading
(e.g., 1963 for '¥7Cs) may be preserved in a mixed core but moved to deeper in the
core and changed in shape.

Another implication of the profound effects of biomixing on contaminant con-
centrations in the upper portion of the sediment column is that spatial gradients
delineated using the contaminant concentrations in surface sediments (especially
grab samples representing a composite of the top ~2—10 cm of sediment) are ex-
tremely challenging to interpret. These effects are illustrated in Fig. 3, where the
advective-diffusive model was used to simulate the effect of varying the thickness
of the SML from 1 to 8 cm for the sediments modeled in Fig. 2 (sedimentation
velocity 0.35 cm yr-', surface mixing rate (K,,) of 50 cm* year™). For an identi-
cal pulse of contaminant (3 pg g ™! for 3 years and 0.3 pg g! thereafter) a 10-40%
difference in the contaminant concentration that would be measured in a typical
‘grab’ sample (comprising the top 5 cm of the sediment column) would be observed
based solely on depth of mixing at that site. The implication is that spatial variation
in sediment geochemical properties (mixing, sedimentation rate) may be just as
important as proximity to a source in determining the surface concentration associ-
ated with a point-source contaminant. This effect is strongest when the contaminant
flux is changing, because sediment gradients are strongly affected by the residence
time of contaminant in the mixed layer. The effect of mixing, therefore, casts doubt
on the common practice of interpreting surface contaminant distribution patterns to
pinpoint proximity to a source (cf., Cai et al. 2012; Cesar et al. 2009; Choueri et al.
2009; Ramdine et al. 2012).

right-hand panel, (b) a surface mixed layer of 2 cm (and mixing rate 5 cm? yr!) alters the simple
square wave seen in the /eft-hand sequence of panels to a more diffuse shape, which penetrates
more deeply into the sediments. Surface sediments also remain contaminated for a longer period of
time, and the contaminant peak in sediments is seen to be deeper in the core and of lower concen-
tration. In this simulation, the background concentration has been assumed to be 0.1 pg/g before
the contamination event and 0.3 pg/g afterward. (See text for further details)
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Fig. 3 The effects of vari-
able biomixing (surface
mixed layer (SML)=1 cm
(a), 2 cm (b), 4 cm (¢),

and 8 cm (d)) on contami-
nant concentrations in the
upper portions of a mixed
sediment (0=0.35 cm yr!,
K,,=50 cm? yr'). Simulated
contaminant profiles are
shown 10 years after a pulse
(thus Fig. 3b is the same as
Fig. 2b—2 years) except for
scale). Average contaminant
concentrations for a ‘grab
sample’ comprising the upper
5 cm of the sediment are
given

Depth (cm)

67
SML=1cm
0 SML
5 \
10 Average concentration
(~0.70 g g-)
151
20 T - - -
a
SML=2cm
| %
101 Average concentration
(~0.60 ng g-)
151
20 . . : :
b
SML =4 cm
D m
5
101 Average concentration
(~0.52 ug g-1)
151
20
c
SML=8cm
0 / m
5
107 Average concentration
(~0.51 pgg-)
151
20 . - . . .
0 0.2 0.4 0.6 0.8 1.0 1.2
d Hg (ng g-1dry)

Clearly, mixing produces dramatic differences in contaminant signals introduced
to the top of sediment. Even if a core is correctly dated, if not accounted for, the
effect of biomixing on contaminant profiles will produce a misleading contaminant
history (overestimating the magnitude of early inputs, estimating an earlier date
of deposition than actually occurred, and implying a slower response to mitiga-
tion than actually occurred at the sediment surface). In the following sections, we
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describe the step-by-step process that we have found to be successful in interpreting
contaminant archives in biomixed cores.

Sediment Core Collection and Processing

Sediment sampling requires special care because errors made here cannot later be
fixed in the lab. The coring location needs to be chosen with program objectives in
mind; quiescent basins are convenient, because sediments accumulate at reasonable
rates, but one needs to keep in mind that coring only in such locations will likely
provide a biased representation of the region. Clear-vented, slow entry coring de-
vices provide the best results and large box cores yield more material than do small
gravity cores. During coring, it is important to capture the sediment surface. The
preservation of the surface can be identified by the presence of clear overlying wa-
ter and by benthic organisms and structures that appear to be undisturbed. The core
should be sectioned immediately to avoid dewatering and cut into layers at intervals
that ensure adequate resolution of the features of interest (usually ~20 intervals
down a 50 cm core collected in coastal waters, with the finest resolution in the up-
permost 10 cm). The outermost layer (~ 1 cm) near the wall of the corer should be
discarded if possible, as it will contain some material ‘smeared’ downward from the
top of the core along the core tube wall (Harvey et al. 1987). The extent of smearing
depends on sediment type and obviously the smaller the sample mass, the greater
the risk of concentration profiles being significantly affected (Chant and Cornett
1991). In the case of industrial contaminants, and considering the half-life of 2!°Pb,
one is usually attempting to gather detail for sediments that have accumulated over
the past ~100—-150 years. The depth of such sediments will vary depending on sedi-
mentation rate, but usually we are interested in the top 20—-100 cm of the sediments.
Further discussion of coring technique has been published by other authors (An-
derson et al. 1987; Chant and Cornett 1991; Crusius and Kenna 2007; Lebel et al.
1982).

Establishing Geochronologies in Biomixed Cores

Two radionuclide chronometers are commonly used to date sediment cores for con-
taminant studies, the naturally-occurring radionuclide '°Pb and the artificial fall-
out radionuclide '*’Cs. 2!%Pb, which has a half-life of 22.26 years, is the primary
basis of most sediment dating. >'°Pb is introduced to marine sediments from three
sources (Cochran 1992; Cochran et al. 1986; Robbins 1978). ‘Supported’ 2!Pb, is
produced in situ (within the sediments) by decay of ??°Ra contained within the in-
organic sediment matrix (Fig. 4). Supported >'°Pb varies from site to site, and may
even vary within a given core, although it is usually assumed to be constant within
the sediment column at any particular site. A second source is 2!°Pb produced in the
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Fig. 4 A schematic diagram illustrating the cycling of 2!°Pb in the environment

atmosphere by decay of gaseous 2>?Rn, which itself is produced at the Earth’s sur-
face by decay of 2*°Ra. The !°Pb produced in the atmosphere by ?*’Rn decay (half
life ~3.8 d) is quickly scavenged and brought back to the Earth’s surface in rain
and dry fallout. A third (frequently neglected) source of 2!°Pb in marine systems is
produced within the water column by decay of dissolved ?*°Ra, which is essentially
a conservative element in seawater (i.c., it correlates with salinity). 2'Pb is strongly
scavenged from surface waters by particulate matter and thence delivered to the sea-
floor with the particle flux. 2!°Pb introduced to sediments by particle scavenging in
the water column is called the ‘unsupported’ or ‘excess’ ?!°Pb ('°Pb_ ), and it is this
component that provides the means to date sediments. Excess 2!°Pb activity is cal-
culated from total >'°Pb activity by subtracting supported 2'°Pb, which is estimated
either from the measured activity of *°Ra or from the total 2'°Pb profile itself if a
constant activity has been reached in the deeper part of the core.

Excess 2'%Pb (*!°Pb_ ) is assumed to be a steady-state tracer, meaning that it is
supplied at the top of the core at a constant rate reflecting various regional pro-
cesses, and then decays away within the sediments as they age. If the sediments
have sufficient time to come to steady state with respect to 21°Pbex (~ 150 years) then
the rate of supply at the top of the sediments will balance the radioactive decay loss
of 2°Pb__from the inventory within the sediments. This balance has a useful im-
plication; if the inventory of 2!°Pb__can be established in a core, the flux of 2!°Pb_
to the surface can be inferred, even without knowing anything about the internal
workings of that core (e.g., mixing, sedimentation rate). In a case where there is no
mixing- for example in a lake or an anoxic basin—and the sediment accumulation
rate is constant, 2!°Pb__activities will exhibit an exponential decrease with depth in
sediment from the surface and reach negligible (“background”) values at a depth
approximating sediments accumulated 150 years previously (Fig. 5a). Sedimenta-
tion velocity (w, cm yr ') may be calculated simply as —A/m, where A is the decay
constant (0.03114 year™") and m is the slope of the line of the natural logarithm of
219Pb__activity in units of Bq cm™ vs. depth (cm) (Fig. 5) (Robbins 1978).
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Fig. 5 Log-linear >'°Pb__decay profiles in (a) an unmixed core; (b) a core with a surface mixed
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producing decay slopes and (¢) the same core as (b) modeled with diffusive mixing rates of 0.04
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In mixed marine sediments, the surface mixed layer (SML) can be identified as the
uppermost section of a core, where 2!°Pb activity decreases only slowly, if at all,
with depth (Fig. 5b). Where surface mixing occurs, the assignment of a unique date
to a sediment layer is no longer possible. However, it is often still possible to obtain
a valid estimate of the sedimentation rate from the *'°Pb__distribution (Fuller et al.
1999; Guinasso and Schink 1975; Johannessen and Macdonald 2012; Lavelle et al.
1986; Robbins 1978). The depth of the SML is estimated by eye, and the sedimen-
tation velocity is calculated as above from the exponential decay of *'°Pb__with
depth, but starting below the SML.

Most sediments tend to compact with time, which means that depth interval is
not conserved. The sedimentation velocity can be converted to a mass accumulation
rate, r (g cm™? year '), using the average porosity (¢) measured below the mixed
layer.

r=o(l-9)p, @

where p_is the density of the dry sediment, usually taken to be 2.65 g cm™, the den-
sity of quartz. Organic matter can have a density as low as 1.8 g cm™3, but since most
marine sediments contain a low proportion of organic matter (< 10 %) and have high
porosities (0.6-0.9), the calculated sediment accumulation rate is not very sensitive
to the exact choice of sediment density. In addition, if the wet volume (¢m?) and dry
mass (g) have been measured, the porosity can be left out of the calculation.

r = o(dry mass/wet volume) 3)
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As newly deposited material (not yet impacted by radio-decay), is transported to
depth by biomixing, the *'°Pb__activities will be increased slightly in the deeper
portion of the SML and decreased in the upper portion of the mixed zone. Thus,
the greater the intensity of mixing in the SML, the more the >!°Pb__distribution will
reflect complete homogenization within this zone (cf., Fig. 9.10 in Robbins 1978).
It should be noted also that biomixing can extend to depths of ~30 cm or more in
continental shelf sediments (cf., Kuzyk et al. 2013), which means that even *'°Pb__
profiles that do not exhibit a well-defined SML may have been influenced by mix-
ing (see Silverberg et al. 1986).

If a contaminant is in steady state (constant supply over many years), then its
flux into the sediments can be estimated by multiplying the mass accumulation rate
(Eq. 2 or 3) by the surface concentration of the contaminant. Indeed this approach
sometimes provides the only option for estimating contaminant inventories, if the
concentration of a particular contaminant has been measured only at the surface.
However, if the supply of the contaminant is changing, then this method will give
only an upper or lower bound on the contaminant flux, depending on whether its
concentration in the newly-accumulated material is higher or lower than that in the
older sediment.

Where the flux of a contaminant is changing, contaminant profiles as well as
an estimate of the sediment mixing rate are required to interpret the nature of the
changes in the flux. Mixing rate can be calculated from 2!°Pb profiles using an
advective-diffusive model (cf., Robbins 1978):

06Cl6z—6/0z (K,0C/6z)= A C “)

where C is 2!°Pb_ (Bq cm™), z the vertical coordinate (cm, positive downward),
®, a constant sedimentation velocity (cm yr'), K, the mixing coefficient due to
bioturbation (cm? year ') and A (=0.03114 year™!) the decay constant. This equation
may be solved numerically using a sediment mixing model (Crusius and Anderson
1995; Crusius et al. 2004) but analytical (exact) solutions to the differential equa-
tions have also been published (Lavelle et al. 1985, 1986), which make it relatively
straightforward to model the entire >'°Pb__profile simply using a spreadsheet.

In the Lavelle approach, 2'°Pb__profiles are evaluated with a steady-state, two-
layer advection-diffusion model in which the diffusion coefficient, K, is taken to
be discontinuous having a constant value (K, ) in an upper bioturbated layer (thick-
ness h) and a negligible value below (K,,=0, ore.g., 0.01 cm” year"). Although the
transition from the upper layer mixing rate (K, ) to a negligible rate (K,,~0) must
actually occur over a finite interval, in general, sediment core data cannot resolve
the apparent rapid transition from one region to another (Lavelle et al. 1985, 1986).
By adopting these constant values K | and K, in the upper and lower layers, respec-
tively, and imposing two boundary conditions: (1) the activity flux of the surface
equals o A and (2) activity at depth is zero, the following equations may be used to
simulate observed *'°Pb__profiles:
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(Bl+y)z
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Here, B, = (w/2K,,), 7, = (B> + A/K,,)"*, and the flux to the sediment surface is
o A,. Values for K,,, C; (surface activity), and o are determined by least-squares
fitting the two-layer solution to the profile data. The accuracy of 2'°Pb-derived sedi-
mentation rates obtained from the two-layer model depends on how well the various
assumptions are met. Specifically, the major assumptions are (1) constant sedimen-
tation and mixing rates over time, (2) no loss or movement of >'°Pb by diffusion
in porewater; (3) sampling intervals small relative to the total amount of sediment
accumulated during the period of interest (Carpenter et al. 1985; Lu and Matsumoto
2005), and (4) negligible mixing below the SML. With respect to K, ,, the equa-
tions result in a deeper layer with log-linear #!'°Pb__profiles but the exponential
decay length scale (i.e., (B2—y2)™") depends on both @ and K, ,. Neither parameter
can be uniquely determined by a single tracer profile in the deeper layer; the only
limits on the ranges of values for these parameters are that both must be positive
numbers. Fortunately, small non-zero K, values tend to have little effect on ® pro-
vided that the exponential decay length scale is relatively small (as in the cases of
interest here). For instance, in a sediment profile with ®=0.35 cm yr ! and decay
length=10 cm, ® will be overestimated by 10% if one assumes K, =0 when it is,
in fact, 0.01 cm? year ! (and see, Silverberg et al. 1986). Various workers have ap-
plied K, values of 0.01-0.1 cm? year™' and occasionally values up to 1 cm? year™
(Guinasso and Schink 1975; Johannessen et al. 2005; Kuzyk et al. 2009, 2013;
Macdonald et al. 1992).

A simple check on the sedimentation rates obtained from the two-layer model
may be made by comparing the flux of !°Pb__to the surface (Bq cm™ year™) cal-
culated as A  (where the units of A_are Bq cm™ wet sediment), with the loss flux
derived from the inventory of !Pb__in the sediment column (Bq cm™) multiplied
by the decay constant (0.03114 year™"). The inventory of >'°Pb__is calculated simply
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as the activity of #!°Pb_ (Bq g™') multiplied by the mass-depth (g cm™) of each sedi-
ment section, summed over the length of the core. The two estimates should agree
closely (within propagated error limits).

Because various combinations of sedimentation and mixing can conspire to gen-
erate '°Pb__ distributions that resemble pure exponential decay, developing a robust
geochronology in mixed sediments is rendered considerably more reliable by us-
ing two independent tracers. The combination of *’Cs and ?!°Pb is ideal (Appleby
2008; Smith 2001), because these radioisotopes differ not only in their input signals
and expected profiles (transient tracer vs. steady-state) but also their sensitivity to
mixing, with transient signals being the more sensitive of the two (Johannessen and
Macdonald 2012). Furthermore, because 2'°Pb (range ~5 half-lives= 110 years) and
137Cs (1954—present) tend presently to overlap in the age range they apply to, one
expects them to record processes on the same time scale and hence yield similar
sedimentation rates. (This agreement might not occur if one compared results us-
ing 2!°Pb__ with results using a short-lived radioisotope such as ***Th ((t, ,<2 yrs),
Crusius and Kenna 2007; Smith et al. 1993) or a long-lived radioisotope such as
1C (t,,,~5700 yrs).) The complementarity of the tracers is clear if one imagines a
problem during sampling where the top of an unmixed sediment core has been lost.
In this situation, the sedimentation rate inferred from the *'°Pb__profile in the core
would be correct because it is derived from the slope of In activity vs. depth; how-
ever, recent dates assigned to the surface or any other layer in sediments would be
incorrect, and the estimated flux of ?!°Pb__ to the sediment surface would be biased
low. On the other hand, the sedimentation rate inferred from the '3’Cs profile would
be incorrect (being based on the depth in sediments of the 1963/1986 peaks in the
137Cs profile, or the 1954 date of first detection) but dates assigned to those specific
locations would be correct.

In contrast to 2!°Pb, '¥7Cs is a transient tracer. By that, we mean that it has been
introduced into sediments in a pulse extending for only a few decades, similar to
many other contaminants, and it is therefore used as a temporal marker rather than
as a radio-clock. '¥7Cs was first released in substantial quantities into the environ-
ment in 1954 as a result of atmospheric weapons testing, peaked in 1963, and de-
creased thereafter due to a ban on atmospheric testing ((Monetti 1996) and see also
Fig. 6). Some regions (e.g., northern Europe) were strongly influenced by '*’Cs
fallout from the 1986 Chernobyl reactor fire (Appleby 2008). Thus, '3’Cs profiles
in unmixed sediments have one or two distinct peaks, which date back to 1963
and possibly 1986. The depth of '*’Cs penetration in sediments is also often used
to identify 1954, the year when significant atmospheric fallout began (Hiilse and
Bentley 2012). This method works in unmixed sediments but gives incorrect sedi-
mentation rates when applied to most biomixed marine sediments.

To use "*'Cs profiles to verify *'°Pb_-derived sedimentation and mixing rates
(Johannessen and Macdonald 2012; Koide et al. 1972; Smith 2001), requires a bit
more work because, unlike 2'°Pb_, analytical solutions to model a transient added
to a mixed core are not generally available. Instead, a reasonable estimate of the
history of '¥’Cs deposition (cf., Monetti 1996) may be used together with a numeri-
cal advective-diffusive model to simulate the '*’Cs profile (Fig. 6). The numerical



74 Z. A. Kuzyk et al.

'87Cs input as 1-year pulse 37Cs input as observed
(1963) deposition (Monetti, 1996)
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Fig. 6 Measured (dots) and modeled (lines) profiles of '*’Cs in a sediment core. The models
were constrained by the >'°Pb,_ -derived sediment accumulation and mixing rates (0=0.35 cm yr'!,
SML=2 cm, and K, , =50 cm” yr') and '*’Cs deposition, represented by a simple 1-year pulse in
1963 (a) and as the more complex measured deposition time series (Monetti 1996) (b)

advective-diffusive model, which uses the parameters (w, K,, h) derived from the
219pb__profile and considers the loss of '*’Cs through radio-decay, can be run in a
Matlab™ program. The simulated '*’Cs sediment profile may be compared with
measured values in terms of depth of penetration of '3’Cs, location of the peak, and
goodness of fit (cf., Bailey et al. 2013; Johannessen and Macdonald 2012; Kuzyk
et al. 2009, 2013). The parameters may be tuned to give the best fit for both 2!°Pb__
and '¥’Cs. Where both chronological parameters cannot be accommodated, the core
dates must be considered as suspect. Sometimes a contradiction between the two
can be explained by post-depositional mobility of 3’Cs, particularly if the *’Cs
penetrates more deeply into the core than is predicted from the 2!°Pb-derived sedi-
mentation rate.

Other transient tracers may also be applied to verify >'°Pb_-derived sedimenta-
tion and mixing rates (e.g., see Kuzyk et al. 2009). In principle, any contaminant
that attaches strongly to particles, does not move in sediments subsequent to burial,
is reasonably well preserved, and has a known input history could be used to vali-
date 2'°Pb__dating.

Developing any geochronology requires a number of assumptions, some ex-
plicit and some implicit (Table 1). The accuracy of the derived sedimentation rates
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Table 1 Common assumptions made when developing geochronologies

Constant sedimentation rate
Constant flux of 2!°Pb

No mixing deep within sediments

Supported >'°Pb can be estimated from 2!°Pb deep within core or **°Ra in a few measured
sections

Immobility of tracers within the sediments

depends on how well these assumptions are met. Some of these assumptions pertain
to how 2!Pb cycles in the environment (see generalized scheme in Fig. 4). We often
assume that both sedimentation rate and 2!°Pb deposition are constant. In mixed
cores, this may be a relatively safe assumption, because mixing tends to smooth out
interannual variation in sedimentation rate and ?'°Pb__flux. A useful parameter, the
intrinsic time resolution (t* =h/w (Eisenreich et al. 1989)) gives a reasonable idea of
how much averaging is occurring in any given core. Furthermore, it is often implic-
itly assumed that atmospheric deposition is the only significant source of 2!°Pb__ to
a water body (as commonly assumed for lakes) without quantifying the production
of 21%Pb_ from the decay of ***Ra dissolved in the water body. Although water-
column profiles of ?°Ra are rarely available, the conservative behaviour of >*°Ra in
the ocean permits a reasonable estimate from the salinity profile alone (cf., Kuzyk
et al. 2013). With respect to the environmental cycling of *7Cs, it is commonly
assumed that fallout signals have been transferred to sediments with negligible de-
lay. However, there is good evidence that coastal marine and estuarine sediments
can receive delayed inputs of '¥’Cs from temporary storage in the drainage basin
(Smith et al. 1987), from resuspension and lateral transport of '3’Cs-containing
coastal sediments (Robbins et al. 2000), or in polar locations from delivery by sea-
ice rafted debris (Kuzyk et al. 2013). These processes have been observed to delay
peak fluxes by 1-2 years (Robbins et al. 2000; Smith et al. 1987), which is well
within the error of most geochronologies. However, sediment profile shapes may
be altered, affecting, for instance, the depth of a contaminant peak. Fortunately, the
onset of 37Cs deposition, 1954, seems little affected by subsequent delayed inputs,
meaning that the maximum penetration of '3’Cs in the sediments may still be used
as a time-stratigraphic marker. (Remember that '*’Cs is only at the correct depth in
unmixed cores. In mixed cores the maximum penetration depth of '3’Cs must be
used in conjunction with numerical modeling that accounts for mixing.)

Another assumption, likely valid for 2!°Pb_, is that radionuclide tracers are im-
mobile in the sediments. Post-depositional remobilization of '3’Cs within the sedi-
ments may be detectable (Kuzyk et al. 2009, 2013; Oughton et al. 1997) or even
significant (cf., Sholkovitz et al. 1983; Sholkovitz and Mann 1984; Sugai et al.
1994) under some sediment regimes. One must also be careful about assuming that
226Ra, which supplies the supported 2!°Pb, is immobile in sediments. Commonly,
we estimate supported 2'°Pb from measurements of 2!°Pb activity in a few sediment
sections deep in the core where 2'°Pb__has decayed away. However, dissolved *Ra
diffuses within sediments, particularly when strong concentration gradients result
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from rapid adsorption to highly-concentrated Mn and Fe oxides in a surface oxic
layer (Berner 1976; Kadko et al. 1987). Under these conditions, assuming supported
219Pb activities measured deep in sediments apply equally to shallow sediments may
be inaccurate. The significance of the error will depend on the extent of 2*Ra redis-
tribution and the relative size of the contribution from *'°Pb_ : smaller errors result
when supported 2!°Pb__activities are relatively high. Variations in **Ra (supported
219Pb) within sediments may also come about as a result of processes that concen-
trate or dilute the solid phase, such as textural changes. To avoid assumptions as-
sociated with supported 2!°Pb, it is best to measure 22°Ra activities in each sediment
section within a core and use these depth-specific values.

Despite the many assumptions on which geochronologies rest, there have been
many instances where the rates derived from radioisotope data have been validated
externally (using, for example, varved sediments (Ojala et al. 2012) or the presence
of microfossils). The calculated sedimentation and mixing rates can be tested for
sensitivity to the various assumptions (e.g., supported 2'°Pb, depth of mixed layer,
mixing rate, sedimentation rate). For example, within the numerical model one can
readily vary the assumed thickness of the mixed layer or the assumed supported
219Pb activity to determine how these parameters affect the modeled sedimentation
rate. This process provides a more realistic evaluation of error in the dating process
than does, for example, calculating a confidence interval around the slope of a log-
linear line fitted to the *'°Pb__data.

Evaluating Plausible Contaminant Input Histories

Having obtained (and validated) sedimentation and mixing rates for biomixed cores,
it is possible to interpret contaminant profiles in a way that explicitly accounts for
mixing. This step is done in an iterative, semi-quantitative way to match the simu-
lated profile to the observations. Since it is not practical to try every possible com-
bination of parameters (date of onset, rate of increase, peak date, rate of decline),
visual inspection of the simulated and observed profiles may be used as a guide.
Plausible input histories for the contaminant may be tested iteratively by using
each proposed history as input to the model and comparing the results with the ac-
tual profiles in the sediments (cf., Hare et al. 2010; Johannessen et al. 2005, 2008;
Kuzyk et al. 2010; Macdonald et al. 1992) to determine whether the record in a the
sediment core could be the result of a particular contaminant history. To narrow the
range of potentially infinite contaminant histories, one might start with measured
deposition time series or known emission histories published in the literature (e.g.,
137Cs deposition records, PCB production statistics), or with very simple deposi-
tion curves based only on the knowledge of first use, peak use, present use. Even if
absolutely no information is available for the input function, one can determine the
simplest sort of deposition history that would reproduce the observed record in the
sediment core, given the mixing and sedimentation regime (Johannessen and Mac-
donald 2012). A reasonable estimate of the initiation of contaminant deposition, or
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Fig. 7 Observed (points) and simulated (/ines) Hg profiles in the sediment core described in
Fig. 2 (i.e., ®=0.35 cm yr !, SML=2 ¢m K, | =50 cm? yr'"). In each simulated profile, a pulse of
Hg (3 png/g) was introduced to the sediments over a 3-year period, following background inputs of
0.1 png/g, and subsequently inputs decreased to 0.3 pg/g. Varying the simulated date of entry of the
Hg pulse (1980, 1985, and 1990) shows that the best fit occurs with a 1985 onset (middle panel)

the timing of peak deposition of a contaminant to a sediment can always be deter-
mined using a well-constrained model.

An example of how modeling may be used to reconstruct a contaminant pro-
file is given in Fig. 7, using the sediment core discussed earlier in Fig. 2 (i.e.,
©=0.35 cm yr!, SML=2 cm K, =50 cm® year™"). The contaminant profile mea-
sured in the sediments (in this case, Hg) is shown as dots and model results as lines.
In each simulated profile, a pulse of Hg (3 pg/g) was introduced to the sediments
over a 3-year period, following background inputs of 0.1 pg/g, and subsequently
inputs decreased to 0.3 pg/g. The three panels illustrate the effects on the simulated
profile of varying the timing of the onset of this pulse by + 5 yrs. The best fit to
the data is provided by a 1985 onset (B or middle panel, r>=0.94). Varying the
onset date by +1 year around 1985 (r2=0.92 and 0.88, respectively; not shown)
shows that this date does indeed give the ‘best fit’. Thus, we may infer from the
constrained model for this core that the pulse of Hg deposition began in 1985. We
can also tell by inspection and through the model, the Hg contamination occurred
as a fairly strong pulse as indicated by the rapid rise in Hg concentration at the bot-
tom of the nose. For this core, we could also reasonably propose the rate of decline
in Hg concentration of surface sediments in the future, a decline that is set by the
residence time of Hg in the SML rather than by the removal of the contaminating
source.

This sort of advective-diffusive modeling has been applied to sediments col-
lected from locations spanning remote regions receiving contaminants only by
long-range transport to coastal regions affected by a wide variety of local sources.
For example, in Hudson Bay, modeling of PCB profiles yielded a scenario with an
onset of PCB deposition in 1930, an exponential increase until 1965-1985, and a
decrease thereafter, which is a timeline consistent with those inferred from mid-
latitude to subarctic records, implying little delay in the onset of PCB deposition,
despite the remoteness of Hudson Bay from the industrial regions of the Northern
Hemisphere (Kuzyk et al. 2010). Historical Hg deposition to sediments in Hudson
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Bay reflects the known history of atmospheric Hg deposition in North America,
with an onset of anthropogenic Hg emissions in the late 1800s and early 1900s and
areduction of Hg deposition in the mid- to late-1900s (Hare et al. 2010). In a locally
contaminated region, the Strait of Georgia, located between Vancouver Island and
mainland British Columbia, Canada, sediment cores revealed a history of mercury
deposition dating back to the first local gold mining activities of the 1860s followed
by episodic contamination during World War II and in the late 1960s (Johannessen
et al. 2005). In an earlier study of the Strait of Georgia (Macdonald et al. 1992),
the advective-diffusive model developed using 2!°Pb profiles explained the con-
taminant profiles for PCB, OCDD (octachlorodibenzo-p-dioxin) and 2,3,7,8-TCDF
(tetrachlorodibenzofuran), each of which had differing emission histories. A more
recent study showed that very different deposition histories for PCB and PBDEs
(polybrominated diphenyl ethers) were operated on by identical mixing processes in
sediments to produce the observed sedimentary profiles (Johannessen et al. 2008).
Not all cores are dateable but even where a plausible geochronology cannot be
developed for a core, information can be extracted. From a contaminant profile in a
sediment core one can determine the contaminant inventory (ug cm™2) by summing
the product of contaminant concentration (ug g') and mass-depth (g cm™2) over
the length of the core. Inventories are, in some circumstances, more appropriate
for comparing among sites than contaminant concentrations because they are not
affected by variations in mixing rate. If contaminant inventories are being used to
compare among sites, sediment (and contaminant) focusing into sedimentary basins
(i.e., horizontal sediment transport) needs to be taken into account (for an introduc-
tion to this topic see Blais and Kalff (1995)). The most common approach to address
focusing, particularly in lacustrine environments, is to use the inventory (or flux)
of 21%Pb__in the sediments, relative to the regional atmospheric *!°Pb__flux (known
or estimated), as a “normalizing” (or focus-correcting) factor that is applied to the
contaminant inventory (or flux) at each site (cf. Couture et al. 2008; Muir et al.
2009; Stern et al. 2005). The premise of this approach is that the efficiency with
which the contaminant is transferred from the atmosphere to the water column and
subsequently to the sediments matches that of ?!°Pb_ . For some contaminants (e.g.,
PCBs), differences between the cycling of contaminants and 2'°Pb may invalidate
this approach, at least in some systems. For example, an attempt to focus-correct
PCB burial fluxes in sediments in Hudson Bay using 2!°Pb introduced wide variation
into inferred rates of atmospheric PCB deposition (Kuzyk et al. 2010). Methods of
correcting for sediment focusing in the marine environment are more complicated
and still very much under discussion (Francois et al. 2007; Lyle et al. 2005, 2007). A
complication with using *'°Pb__to correct for sediment focusing in marine environ-
ments arises from the two sources in marine sediments: atmospheric deposition of
219Pb and water-column production of 2'°Pb from the decay of dissolved 2>Ra. The
2°Ra-derived *!°Pb__input can dwarf that derived from atmospheric deposition; it
can be extremely variable from site to site depending on water mass histories, depth
of the water column and particle supply; and it may or may not have an analogue
in contaminant dynamics, depending on the nature of the contaminant. Recent con-
tinental margin marine sediment data suggest that 2!°Pb and '*’Cs can be used in
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tandem to distinguish scavenging and sediment focusing and thus, ultimately, to
infer the relative strength of focusing among sites (Kuzyk et al. 2013). However,
more work needs to be done to confirm the best approach to correct for sediment
focusing when contaminant inventories in marine sediments are to be compared.

Caveats on the Interpretation of Biomixed Cores

Several mistakes may be made if the effects of mixing are not well understood
(Table 2). For instance, one ramification of the extensive reworking of contaminant
signals within mixed sediments is that statistical relationships, such as correlations,
can develop among different signals (i.e., contaminants) that enter the sediments
independently. The introduction of different contaminants from different sources
and at different times, years or decades apart, is common in industrialized coastal
areas (cf., Johannessen et al. 2008; Macdonald et al. 1992). However, once these
different contaminants are brought together within sediments and subjected to com-
mon mixing and sedimentation processes, the net effect is to reduce the differences
among original disparate signals. In some cases, the effect is sufficiently strong to
produce high correlations among different contaminants, despite inputs that were
independent and uncorrelated. In such a case, it would be incorrect to infer from
these correlations in sediments a common source or history.

Potentially misleading correlations are most likely to develop where the sedi-
mentation rate is low and the SML is thick (Fig. 8). Put simply, the longer the
contaminants reside in the SML, the more likely it is that correlations will develop
among them. The other factor is the gap between contaminant pulses. For instance,
for a sedimentation rate of 0.25 cm/yr, two contaminants introduced 4 years apart
will develop a correlation of greater than 90 % (R>0.9) if the SML is >3 cm thick
(Fig. 8). With a 6-year gap between the inputs of the two contaminants, a correla-
tion of greater than 90 % will develop for SML thicknesses of 5 cm or more (Fig. 8).
These correlations take time to develop within the core but then may persist for

Table 2 Summary of the ramifications of biomixing

Date of entry, peaks and valleys in deposition are deeper in the core

Surface fluxes estimated as the product of surface concentration and sedimentation rate are
wrong

Response to contamination and mitigation is masked by the mixing/residence time within the
mixed layer

No layer in the sediment corresponds logically to a given year; rather, each layer contains a
mixture of sediment from a number of years approximately equivalent to the intrinsic time
resolution (the contribution from each year within that time frame is not necessarily equal
among years)

Mixing may create correlations that do not exist in the deposition histories
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Fig. 8 (a) Correlation coefficients (R-values) between the modeled concentrations of two contam-
inants that have entered sediments at different times (0=0.25 cm yr™' and K, ; =50 cm?® yr'). The
R values have been determined by varying the thickness of the SML (X-axis) and the time elapsed
between the contaminant pulses (Y-axis). An 11-year run-out in time after the second pulse was
allowed. (b) The effect of varying the run-out time, showing how the correlation between contami-
nant concentrations in mixed sediments takes time to develop but then persists in the sediments

many years (Fig. 8b). Clearly, caution is required in the interpretation of correla-
tions within biomixed sediments, and one should always keep in mind that several
processes other than source inputs contribute to shaping the contaminant profiles in
marine sediments.

A discussion of interpreting sediment contaminant profiles would not be com-
plete without some mention of chemical diagenesis. For details on this subject,
we refer the reader to Outridge and Wang (this volume)) as well as earlier reviews
(Boudreau 1997; Emerson and Hedges 2003). Most diagenetic chemical changes
in marine sediments are driven by reduction-oxidation (redox) reactions, which
involve the oxidation of the labile organic matter that reaches the seafloor and be-
comes mixed into sediments (Emerson and Hedges 2003; Froelich et al. 1979). The
stronger the supply of labile organic matter, the faster the O, in sediment pore wa-
ters is consumed and the more likely it is that the rate at which O, can be resupplied
by diffusion from the overlying water column will be less than the rate at which it
is consumed, driving to anoxia the sediments below the depth of O, penetration.
Under these conditions, other oxidants besides O, (such as NO,~, Mn(IV), or SO *)
become important. In the coastal ocean, the rate of organic matter deposition is usu-
ally sufficient to produce an oxic-anoxic interface within 5-10 cm of the sediment
surface. Because SO,*" is available in seawater, sulphate reduction and the produc-
tion of hydrogen sulphide is a crucial sediment process in virtually all estuarine and
coastal sediments (cf., Jargensen 1977).

There are two primary mechanisms by which the redox conditions in marine
sediments control the cycling of trace metals. One mechanism occurs in sedi-
ments with thick surface oxic layers, enriched in manganese and/or iron oxides.
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As particles are buried, their depth below the sediment-water interface increases,
whereas the position of the redox boundary remains constant (assuming constant
fluxes and other conditions). Thus, during burial, particles are moved downward
across a boundary between oxic and anoxic conditions. For manganese and iron,
which are sequestered as oxides in surface sediments, reducing conditions cause
dissolution and subsequent diffusion. Upward diffusion and redeposition frequently
produces enrichments in Fe and Mn at the sediment surface (Froelich et al. 1979;
Kadko et al. 1987). Surface enrichments of Mn and Fe can sequester other trace ele-
ments, such as Co, Mo, Cu, Ni, and Zn. These redox-sensitive metals and associated
elements may be strongly rearranged in sediment profiles after deposition, casting
doubt on any inferred history of deposition or estimated burial rate, even when ac-
curate mixing and sedimentation rates have been derived.

The second important redox mechanism affecting contaminant profiles is pre-
cipitation and concentration with sulphide minerals—acid volatile sulphides (AVS;
i.e., iron monosulphides) and pyrite (FeS,) (Huerta-Diaz and Morse 1992; Morse
and Luther IIT 1999). Indeed, this process may be more prevalent in marine coastal
and estuarine sediments than sequestration with oxides because the labile organic
carbon supply is high and sulphate readily available (e.g., see Burdige 2006). Ele-
ments at risk for concentration due to processes associated with the production of
sulphides include Hg, As, U, Cd, Cr, Zn, Fe, Mo and Pb (Couture et al. 2008; Erick-
son and Helz 2000; Feyte et al. 2012; O’Day et al. 2004; Zheng et al. 2000). In some
cases, reliable histories for these sorts of elements can, nevertheless, be produced
in sediments where diagenesis is weak (cf., Feyte et al. 2012) or if the contaminant
element has entered the sediments within an inorganic matrix and is, therefore, rela-
tively immune to post-depositional remobilization.

Chemical diagenesis can also alter contaminant records in sediments when com-
pounds are not well-preserved, either in quantity or quality. Changes in quantity
may be obvious when one inspects a sediment core profile (e.g., resembling the
exponential decrease in organic carbon content with depth in sediments (Goni and
Hedges 1995)), but changes that affect the quality of a contaminant can be subtle.
For example, the composition of a contaminant such as PCBs, which comprises a
complex mixture of up to 209 congeners, may change significantly with depth in a
sediment column because certain congeners are selectively degraded (cf., Gustafs-
son et al. 2001). This in-core shift can be misinterpreted as a change in the source
function, leading to incorrect conclusions about the contaminant input history. Poly-
cyclic aromatic hydrocarbons (PAHs), also popular compounds for contaminant
studies, may be subject to diagenetic alteration, although these compounds are gen-
erally well preserved and reasonably immobilized in sediments (cf., Yunker et al.
2011). Compounds like perylene, for example, may actually be produced within
sediments (Meyers and Ishiwatari 1993). A final diagenetic alteration that can im-
pact contaminant archives is chemical diffusion in porewater, whether because of
strong concentrations gradients (as described earlier for >?’Ra and Mn) or simply
because of the solubility of the compounds. Vertical migration within sediments of
the lighter, more water-soluble PCB congeners is a case in point (Gustafsson et al.
2001).
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Cautionary Note About Environmental Change

There are various changes in the environment that may indirectly affect the nature
or quantity of a contaminant delivered to the sediment. Thus, there is a need for
caution when making a leap from the reconstructed deposition history of contami-
nants inferred from a sediment core record, to reconstruction of contaminant release
from a source. Various physical and biogeochemical processes shape contaminant
concentrations, distributions and fluxes in the environment between emission and
deposition in sediments; many of these processes are changing with potential ef-
fect on the deposition strength (Macdonald et al. 2005). In particular, the primary
productivity and the nature and quantity of other particle and organic matter sources
determine in large part where a scavenged contaminant will end up (in the water
column vs. shelf sediments vs. basin sediments) and what its chemical state will be
(e.g., whether Hg is methylated or not). Thus, the timeline of release from sources
is not the sole factor, and may not even be the most important factor, in depositional
history at a given site. Both the rate and magnitude of contaminant deposition in
marine sediments depend on the elemental or molecular nature of the contaminant
as well as on the abundance and composition of the type of particle with which it
is associated.

A special attribute of sediment cores is that they integrate or capture both the in-
put signal (the contaminant discharge history) and the environmental signals, which
reflect the contaminant pathway within the system prior to reaching the sediments.
This recording of both the input signal and other geochemical properties can com-
plicate, but also enrich, the interpretation of contaminant histories from sediment
cores, e.g., when increases in contaminant concentrations in surface sediments re-
sult from climate change (cf., Outridge et al. 2007) or other types of environmental
change (cf., Hare et al. 2010) rather than from changes in contaminant inputs.

The specific biogeochemical/environmental controls important for contaminant
distribution and fluxes in marine and estuarine environments differ among contami-
nants, depending on their physical/chemical properties. In general, organic con-
taminants tend to be relatively insoluble in water (hydrophobic) and highly soluble
in fats (lipophilic), which means that they bioconcentrate in and adsorb onto organic
matter. Therefore, the abundance and composition of organic matter can influence
the distribution of persistent organic pollutants (POPs) (Dachs et al. 2002).

A general strategy to address complications in the interpretation of a contami-
nant profile in a single core is to collect sediment cores along an ocean section, for
example from estuary to shelf to basin. This approach provides a far better basis
to distinguish between processes within the cores and processes occurring prior
to deposition. Furthermore, examining a wider selection of cores helps to address
the challenge of up-scaling, as required to generate regional contaminant budgets.
Generalizing from the results of a single core to a large area is fraught with uncer-
tainty because of the significant spatial variability typical of estuarine and coastal
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areas. It is not uncommon for estuaries to exhibit strong spatial gradients in salinity,
temperature, primary production, fluxes of particulate matter and POC, sediment
resuspension, deposition and focusing (Lauff 1967), which may all affect contami-
nant behavior.

Conclusions

Sediment cores provide useful archives of contamination, and in this chapter we
have provided a practical, step-by-step approach by which common pitfalls can be
avoided and biomixed marine and estuarine sediment archives applied appropriate-
ly to reconstructing contaminant inputs to the environment. Most marine sediments
are mixed by the activities of benthic animals; this biomixing changes profiles and
thus must be considered in the interpretation of tracer and contaminant profiles in
cores. In particular, it is wrong to associate dates with specific layers in biomixed
cores. Despite mixing, 2'°Pb may still be used to determine sedimentation velocity,
surface mixed layer depth and mixing rate. A second tracer such as '3’Cs helps to re-
fine the estimates of sedimentation and mixing obtained from 2!Pb profiles and re-
ally is essential for establishing reliable geochronologies in biomixed cores. Know-
ing the sedimentation and mixing rates in biomixed cores, contaminant histories can
be reconstructed by modeling the contaminant profiles. Even without dating, it is
possible to estimate regional patterns of contaminant flux by determining sediment
inventories. Besides biomixing, observed contaminant profiles can also be affected
by redox processes, diffusion and environmental change. Taking advantage of the
environmental signals captured in cores, together with the contaminant signals, and
collecting cores along ocean sections which span environmental gradients can pro-
vide a better basis to distinguish between processes within cores and processes oc-
curring prior to deposition and ultimately strengthen interpretations of contaminant
histories from the archives in sediment cores.
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Contaminants in Marine Sedimentary Deposits
from Coal Fly Ash During the Latest Permian
Extinction
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Abstract The Latest Permian Extinction (LPE) event, the greatest mass extinction
in Earth history, was marked by major explosive volcanic eruptions through thick
layers of coal and carbonaceous deposits at the time. This resulted in significant
dispersion of volcanic-derived ash and other particulate and gaseous hazardous
substances, which may have caused extensive contamination of the global marine
ecosystem.

A continuous geological sedimentary record from the Canadian High Arctic re-
vealed evidence of unprecedented mercury loading that may have contributed to the
extinction. Mercury loading is attributed to combined effects of volcanic emissions
in association with volcanic combustion of surface and subsurface coal and carbo-
naceous deposits.

Mercury influx exceeded the scavenging capacity of organic matter (OM) in
the Late Permian ocean, leading to major disruption of mercury drawdown pro-
cesses mediated by organic carbon. This resulted in buildup of dissolved mercury
to maximum levels at the LPE boundary. The transition of the Latest Permian ocean
to euxinic conditions allowed sulphide scavenging of mercury from ocean water,
beginning a self-mitigation process that led to gradual recovery from toxic marine
conditions.
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Introduction

The Latest Permian Extinction Event

The Latest Permian Extinction (LPE) occurred just prior to the time boundary be-
tween the Permian and Triassic geologic periods (end of the Paleozoic and onset of
the Mesozoic eras), which occurred approximately 252 Ma ago (Shen et al. 2011).
It is regarded as the Earth’s greatest known mass extinction event, which resulted in
the dramatic disruption of global biogeochemical cycles and consequently loss of
over 90 % of marine species and approximately 70 % of terrestrial vertebrate species
(Erwin 2006; Sahney and Benton 2008).

Siberian Traps

While numerous extinction mechanisms have been proposed over time, recent re-
search supports a close correspondence between the extinction and timing of mas-
sive volcanic eruptions of the Siberian Traps (Reichow et al. 2009; Saunders and
Reichow 2009), as suggested by Campbell et al. (1992). The Siberian Traps is a
large region of volcanic (igneous) rock in Siberia, Russia, covering about 2 mil-
lion km?, approximately equal in area to Western Europe. The Siberian Traps is
believed to be a remnant of a massive volume of basaltic lava that covered a vast ex-
panse of this region. This igneous province is related to the series of eruptive events
that occurred during the latest Permian, and is believed to be the largest known vol-
canic event of the last 500 million years of Earth’s geological history (over 1000 Gt
of magma released) (Saunders and Reichow 2009). The Siberian Traps were located
in north-eastern Pangaea during the Late Permian (Fig. 1a).

The Siberian Traps were a “megascale eruption” characterized by a highly ex-
plosive nature (Svensen et al. 2009). Major flood basalt eruptions initiate with an
explosive phase that generated plumes over 20 km high, sufficient to inject ash into
the stratosphere (Thordarson et al. 2009). Once in the stratosphere, dispersion of the
volcanic ash (and coal fly ash) would be a function of the initial plume height, the
particle density, and stratospheric wind velocity. It is unclear how effectively ash
derived from a northern latitude could be dispersed, however some models suggest
that a super eruption could form inter-hemispheric ash clouds (Baines et al. 2008),
allowing global ash distribution. Models have suggested potential significant global
impact of volcanism due to release of CO, and methane associated with combustion
of extensive Siberian coal and other organic rich deposits (Reichow et al. 2009;
Saunders and Reichow 2009; Korte et al. 2010; Retallack and Jahren 2008; Svensen
et al. 2009).
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Fig. 1 Maps showing: a The paleogeography of the Late Permian, location of the Buchanan Lake
section, and extent of the Siberian Traps (Figure reproduced from Grasby et al. 2011). b Location
of the LPE sedimentary record in the Canadian Arctic Archipelago (Figure reproduced from Sanei
etal. 2012)

Geological Evidence of the Link Between Great Extinction and Major
Volcanism

Along with disappearance of marine and terrestrial taxa, the LPE boundary is
marked globally by a significant negative shift in §'3C values in both inorganic
and organic sedimentary records (Korte and Kozur 2010). The Sverdrup Basin, in
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the Canadian High Arctic (Fig. 1a and b), holds an excellent record, from shal-
low to deep-water marine settings that record this carbon isotope shift across the
LPE event on the NW margin of Pangaea (Beauchamp et al. 2009; Grasby and
Beauchamp 2008; Grasby and Beauchamp 2009; Embry and Beauchamp 2008).
The Sverdrup Basin was situated downwind of the Siberian Traps and was ideally
located to preserve a record of the impacts of these eruptions. The unique geological
archive of the Sverdrup Basin revealed evidence of coally-derived pyrolyctic chars
particles deposited in the sediments of the latest Permian ocean that show remark-
able similarity to fly-ash particles generated by modern coal-fired power plants
(Grasby et al. 2011). Pyrolyctic chars, deposited just prior to the negative carbon
isotope shift that marks the global extinction boundary, are believed to be formed
and originated by rapid combustion of surface and/or subsurface carboniferous (or
older) coal and carbonaceous deposits during the volcanic eruptions. The fine size
of the particles and stratospheric injection by the Siberian Trap eruptions allowed
for long-range atmospheric transport and deposition of this coal fly ash into the
ocean. This provides a direct temporal linkage for volcanic-derived combustion of
coal just prior to the LPE event boundary and a correspondence between the extinc-
tion boundary and onset of massive volcanism of the Siberian Traps (Reichow et al.
2009; Saunders and Reichow 2009).

Catastrophic Volcanic Mercury Emissions

Volcanic emissions and coal combustion are the two largest primary inputs to the
modern global mercury (Hg) cycle (~90 Mg yr! and ~842 Mg yr!, respectively)
(Pirrone et al. 2010). Perhaps the most devastating feature of the Siberian Traps
eruptions was the association with combustion of extensive coal and carbonaceous
deposits. It is estimated that up to 3 trillion t of carbon was released when the Sibe-
rian Traps erupted through thick carbonaceous deposits (Retallack and Jahren 2008;
Svensen et al. 2009). Mercury, one of the most toxic elements on the planet, is the
most important by-product of both processes, thus the volcanic eruption, which
ignited thick coal deposits, combined two major emitters of mercury: volcanic erup-
tions and coal burning.

Emissions of mercury from volcanic eruptions can be estimated using known
Hg/SO, ratios for different eruptive styles. The Siberian Traps are believed to be the
product of violent and explosive eruptions (Campbell et al. 1992) associated with
high velocity escape structures (Svensen et al. 2009). Therefore, the Hg/SO, ratio of
107 for explosive volcanics (Pirrone et al. 2010; Pyle and Mather 2003) can be used
in combination with the estimate by Beerling et al. (2007) that a total SO, release
of 3.8 x10'° Mg was associated with the Siberian Traps eruptions (Beerling et al.
2007). These events result in an estimation of upwards to 3.8 x 10° Mg Hg emission
associated with the Siberian Traps.

Additionally, there was an estimated 3 trillion t of carbon released from coal
combustion (Retallack and Jahren 2008; Svensen et al. 2009) during this volcanism.
The mercury content of Carboniferous coal in the Kuznetsk Basin of Siberia ranges
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from 15 to 100 pg kg™! (mean 38 pg kg! Hg, with low ash content of 11 %, Tewalt
et al. 2010; average Siberian coal ranges between 20 and 50 pg kg!, Yudovich and
Ketris 2005). Assuming that mercury content of coal in this region has remained
unchanged since the Late Permian, we can estimate an additional 1.75x 103 Mg Hg
released from coal combustion. Collectively, combustion of these coal and carbona-
ceous rich deposits associated with the Siberian Traps eruptions would have result-
ed in upwards of 4 x 10° Mg of mercury emissions (Sanei et al. 2012). This mercury
would have undergone long range atmospheric transport due to its long atmospheric
residence time (~ 1.5 year) (Schroeder and Munthe 1998); as a result, the LPE event
would have been associated with significant mercury atmospheric dispersion and
aerial deposition into large aquatic sinks. At this stage it remains uncertain if the
Sverdrup Basin, which was directly downwind of the Siberian Traps, represents
global distribution or a more local affect. Further study of more widely distributed
basins is required.

Geological Record of Mercury Contamination at the Latest
Permian Extinction Event

Reconstruction of mercury deposition based on the geological sedimentary records
in the Sverdrup Basin reveals significant mercury loading occurred immediately
before and at the LPE extinction boundary. This elevated mercury input, interpreted
as the product of volcanism and associated thermal metamorphism of coal at the
LPE event (Sanei et al. 2012), may have contributed to severe environmental stress
and shift in marine biogeochemical cycles at that time.

Background Mercury Loading Prior to the LPE: Initial Volcanic
Mercury Loadings into the Ocean

The sediments below the LPE horizon contain normal marine organics, as shown
by blue circles in Fig. 2, superimposed by organic-rich char and coal fly-ash layers,
shown in red squares (Grasby et al. 2011). The episodic coal fly-ash loading events
are identified by sudden spikes in TOC (total organic carbon), coal ash is recorded
as high TOC layers—shown by red squares, superimposed on background TOC
levels (blue circles) that are controlled by primary marine bioproductivity (Fig. 2;
Grasby et al. 2011). Sediments below the extinction boundary do not show any sig-
natures for anoxia that might explain preferential metal draw down (Proemse et al.
2013, Grasby and Beauchamp 2009).

Mercury concentrations progressively increase towards the LPE boundary
(Fig. 2¢). Three spikes in mercury concentration (up to four fold increase above
background levels of <0.2 mg/kg; Fig. 2¢) clearly correlate to coal fly-ash lay-
ers (Fig. 2b). The correlation likely represents direct deposition of mercury en-
capsulated in fly-ash char particulates (particulate mercury). Moreover, volcanic
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Fig. 2 Sedimentary records of the key geochemical parameters across the LPE horizon and the
lithostratigraphic column of the shale-dominated environment (depths are relative to the Latest
Permian extinction (LPE) horizon.). a stable isotope, and b per cent total organic carbon (TOC%)
data (Grasby and Beauchamp 2009) is shown along with temporal trends of, ¢ mercury (Hg), and
d Hg/TOC ratio. (Figure reproduced from Sanei et al. 2012)

eruptions release significant amounts of gaseous mercury (elemental Hg® and reac-
tive Hg(II)). Incorporation of this mercury into the marine environment involves
wet/dry deposition of gaseous Hg®/Hg (II) and subsequent exchange of dissolved
Hg(IT) onto marine particulate organic carbon (POC) to become entrained by down-
ward flux and ultimate burial by ocean sediments (Andren and Harriss 1975; Cran-
ston and Buckley 1972; Gehrke et al. 2009; Lindberg et al. 1975; Outridge et al.
2007; Lindberg et al. 1975). This drawdown process, mediated by organic carbon
production within the aquatic system, operates simultaneously with Hg loading as
driven by increasing atmospheric flux. In modern sediments, this process is com-
monly preserved as temporal records that show a well documented strong positive
correlation between Hg and TOC in sediments (Gehrke et al. 2009; Outridge et al.
2007). We observe a similar positive correlation between Hg and marine derived
organics below the LPE (blue circles) (Fig. 3a). This suggests that, despite episodic
Hg loading, an effective organic-mediated Hg drawdown process was operating in
Late Permian oceans prior to the extinction event. This would have mitigated any
build up of Hg in sea water due to prolonged volcanic activity. The marine system
thus maintained a relative balance between Hg and organic carbon production dur-
ing this period (Fig. 2d).
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Mercury Toxicity: Collapse of Bio-productivity, Disruption
of Organic Drawdown, and Catastrophic Accumulation of
Dissolved Mercury in Ocean Water

About 10 m below the LPE horizon, and immediately above the coal fly-ash load-
ing layer II, there is a significant drop in background TOC levels during a period
of increasing marine anoxia, as demonstrated by trace element geochemistry, py-
rite framboids, and Mo isotope data (Grasby and Beauchamp 2009; Proemse et al.
2013). Under the strongly developed anoxic to euxinic (i.e. stagnant, anoxic, and
sulfidic) conditions right above the extinction boundary preservation of organic
matter should be enhanced. Thus, the drop in TOC may indicate a reduction in
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primary productivity. Sanei et al. (2012) interpret this as a first sign of dramatic
decline in bio-productivity as a response to initial ash loadings, increasing ocean
anoxia, as well as a series of other environmental stresses placed on the global
ecosystem at that time. Reduced bio-productivity would make oceans much more
susceptible to the stress caused by Hg loading in the absence of sufficient organic
buffering of the ocean. Under these conditions, further volcanic eruption phases
would further increase the fugacity of atmospheric Hg, and in concert concentration
in ocean water, until it progressively exceeds the capacity of autochthonous organic
matter to draw down Hg to bottom sediments (Andren and Harriss 1975; Cranston
and Buckley 1972; Lindberg et al. 1975; Outridge et al. 2007). In other words, the
organic-mediated sediment fixing process (algal scavenging process) is no longer
capable of effectively fixing the rapid increase in Hg deposition by flocculating
particulate organic matter (Andren and Harriss 1975; Outridge et al. 2007; Cranston
and Buckley 1972; Lindberg et al. 1975). This would result in the dramatic buildup
of dissolved Hg in ocean water just prior to the LPE horizon, leading potentially to
widespread ocean toxicity. While Hg is regarded as the most toxic element, other
metals (e.g., Cr, As, etc.) typically associated with burning of coal and carbona-
ceous rocks show a similar trend (Grasby et al. 2011).

Tipping Point: Mercury Mitigation by Sulphide Drawdown,
Ocean’s Alternative Emergency Mechanism to Mitigate Toxic
Mercury

Loss of productivity after fly ash loading occurred when the degree of anoxia was
increasing through development of an oxygen minimum zone as defined by Mo and
N isotope proxies (Proemse et al. 2013; Kniess et al. 2013). This resulted in euxinic
(H,S rich) conditions being developed. Euxinic condition is associated with forma-
tion of a large quantity of pyrite framboids within the water column (pyrite rain
down—Grasby and Beauchamp 2009), that form a pyrite layer at the LPE boundary.

The strong Hg-OM association normally prevents highly insoluble mercury sul-
phide from precipitating in marine sediments (Lindberg et al. 1975). In the absence
of adequate organic fixing capacity and a continued accumulation of dissolved Hg,
a tipping point would be reached where development of euxinic conditions allows
sulphide deposition to become the dominant Hg fixation process to compensate for
the failing OM Hg draw- down process. This is supported by the observation that
at the LPE level, the ‘normal” Hg-OM relationship breaks down and instead a sig-
nificant negative correlation between Hg and TOC develops (Fig. 3a and b—green
circles), and is also shown by a significant increase in the Hg/TOC ratio (Fig. 2d).
In this condition, there is a dramatic increase in Hg concentration in pyrite-rich
sediments at this time (Fig. 2¢), up to 0.6 mg/kg Hg. Values up to 0.6 mg/kg Hg
are much greater than 0.1 mg/kg found in modern marine sediments which are
considered to be affected by pollution (Camargo 2002), and are the same level as
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those observed in modern aquatic environments contaminated by major Hg emitting
sources such as smelters (Outridge et al. 2011; Sanei et al. 2010).

Post-extinction Recovery; Re-establishing Hg OM-drawdown

After the LPE extinction, Hg concentrations decrease gradually upwards (Fig. 2c¢),
away from the extinction level, until reaching the pre-extinction background level
(Sanei et al. 2012). This suggests that the sulphide draw-down processes progres-
sively reduced the excess dissolved Hg to a level that a normal Hg-OM relationship
was re-established. This is shown by an eventual return to a positive correlation
between Hg and OM with increasing distance above the LPE level (yellow tri-
angles, Fig. 3a and b). This shows a return to effective Hg scavenging by surviving
autochthonous OM and a movement of the system towards back towards the pre-
extinction Hg-OM equilibrium (Fig. 2d) that continued at least for the next 5 mil-
lion years (Grasby et al. 2013).

Summary

In summary, a long sedimentary archive obtained from the Canadian Arctic Ar-
chipelago can be regarded as the first geological record of Hg contamination in
response to major volcanism coincident with Earth’s greatest mass extinction event.
The most important evidence obtained from this record is the observation that there
is a breakdown of the positive correlation between Hg and TOC at the extinction
level. Sanei et al. (2012) proposed that deteriorating environmental conditions sup-
pressed organic productivity, which in turn limited the marine Hg draw-down pro-
cess, as mediated by organic matter sequestration. Further Hg loading by Siberian
Trap volcanics then overwhelmed the failing marine Hg-OM buffering system,
leading to catastrophic build up of dissolved Hg in world oceans. By transition to
extreme euxinic conditions, oceans switched to an alternative mitigation process
driven by sulphide-Hg drawdown that removed excess dissolved Hg. The oceans
then progressed towards recovery that eventually allowed re-establishment of the
normal Hg mediation by organic matter. It is unlikely, however, that Hg loading is
the sole cause of the LPE extinction, as the global ecosystem was already under
stress by ocean anoxia (Grasby and Beauchamp 2009; Wignall and Hallam 1992),
depletion of bio-essential elements (Grasby and Beauchamp 2009), coal fly-ash
loading (Grasby et al. 2011), and rapid climate warming (Kidder and Worsley 2010;
Rampino and Stothers 1988; Wignall 2001). The Earth’s ecosystem was thus al-
ready stressed by the time the Hg contamination event occurred at the LPE level,
making this one of a chain of events that leads to the greatest extinction in Earth his-
tory. The relative severity and global nature of this Hg event needs to be further as-
sessed. In addition, Hg toxicity events associated with other major eruption phases
in Earth history should be examined.
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Lake Sediment Records of Preindustrial Metal
Pollution

Colin A. Cooke and Richard Bindler

Abstract The extraction of mineral resources has been occurring for millennia
in both the Old and New Worlds. Lake sediments can archive the environmental
legacy of these preindustrial activities, offering an independent method for under-
standing the magnitude and spatial extent of metal pollution through time. A num-
ber of geochemical records of past metal pollution within lake sediments have now
been completed across especially Europe and the South American Andes, revealing
histories of metal pollution that extend back over millennia. The use of paleolimno-
logical techniques is refining our understanding of spatial and temporal differences
in mineral resource extractions and use, and offers the opportunity to understand
the degree to which human activities have mobilized metals from geologic stores
into the biosphere.

Keywords Geochemistry + Mining + Metallurgy - Pollution - Lead - Mercury -
Metals

Introduction

Human industrial activities have become one of the most important mobilizing
mechanisms in the global biogeochemical cycling of many trace-metals. Yet hu-
mans have extracted trace-metals from the Earth’s crust throughout history in pur-
suit of riches, useful metals, and energy. Indeed, many of the richest precious metal
deposits on Earth were effectively exhausted prior to the advent of large-scale in-
dustrial mining operations. There is therefore considerable interest in understanding
how, and to what degree, these preindustrial mining and metallurgical activities
have contaminated the environment.
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Natural archives, including lake sediments, can be exploited to provide infor-
mation about past environmental conditions, including the past biogeochemical
cycling of many trace-metals. One of the first scientists to realize this was Clair
Patterson, who with his seminal work on environmental lead (Pb) pollution, laid the
groundwork for future efforts in this important field of research (Flegal 1998). The
work of Patterson and his colleagues provided the impetus for subsequent efforts,
some of which are summarized in this chapter. Our focus here is on the use of lake
sediments as recorders of preindustrial metal pollution in Europe and the Andes of
South America, as these regions have witnessed greater study than most other parts
of the globe; however, research into this topic is accelerating, and new discoveries
are undoubtedly forthcoming from other, less intensively studied regions with long
histories of human occupation and mining and metallurgy, such as China (Lee et al.
2008).

Early Investigations into Ancient Metal Pollution

As part of his burgeoning interest in the contributions from human activities to the
global biogeochemical cycling of lead, Patterson came to recognize the historical
dimensions of metal pollution. Through the 1970s, Patterson developed estimates of
the global production of lead and other metals from ancient to modern times, which
culminated in an estimate of historical global lead production (Fig. 1; Settle and
Patterson 1980). This seminal work, which has been reproduced in many publica-
tions since and was refined further by Jerome Nriagu (1983, 1996), correctly pre-
dicted what ultimately would be found in lake sediment and peat records throughout
much of Europe as well as in the record from the Greenland ice sheet.

The early focus on lead proved useful for other reasons as well. First, as alluded
to above, lead is a common component of many polymetallic ores. For example,
many of the richest silver deposits in the Andes occur as argentiferous galena [(Pb,
Ag) S]. As a result, lead aerosols were released to the atmosphere during smelting,
even when lead itself was not the direct metal of interest. Second, because lead is
released to, and transported within, the atmosphere as an aerosol, it is rapidly de-
posited across the landscape. The result of this is higher levels of atmospheric lead
deposition in regions that have long histories of mining and metallurgy, as we de-
tail below. Third, lead tends to be geochemically stable within lake sediment. This
means that lead tends to undergo little, if any, diagenetic (i.e., vertical) mobilization
within the sediment column after deposition (Gallon et al. 2004). Finally, lead has
four stable isotopes, namely 2%“Pb, 20°Pb, 207Pb, and 2**Pb. Whereas 2*“Pb is primor-
dial, the latter three are the final daughter products following the radioactive decay
of uranium-238, uranium-235 and thorium-232, respectively (Brown 1962; Faure
1986). When lead-containing ores are formed, they are separated from the host rock
and thus also uranium (U) and thorium (Th). Consequently, the isotopic composi-
tion of the ores no longer develops. This is in contrast to lead contained within the
original host rock, which continues to evolve isotopically over geologic time. Thus,
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(Brinnvall et al. 1999); d Rudgeyl in southernmost Sweden (Brinnvall et al. 1997); e sediments of
Meidsee in the Swiss Alps, bordering Italy (Thevenon et al. 2011), where Pb was calculated as an
enrichment factor (PbEF) relative to the upper continental crust (UCC); and f sediments of Lake
Redo in the Spanish Pyrenees (Camarero et al. 1998)



104 C. A. Cooke and R. Bindler

lead extracted from ores has a characteristic isotopic signature distinct from the
surrounding bedrock, with the specific isotopic signature of an ore body depending
in particular on the time of ore formation and the original U-Th composition of the
bedrock. All of the reasons cited above make lead a particularly well-suited metal
to reconstruct ancient metal pollution.

Preindustrial Metal Pollution in Europe

In the first study of its kind, Renberg et al. (1994) reported lead concentration re-
cords in well-dated sediment cores from 19 lakes in Sweden. These sediment cores
showed a common pattern of changing lead concentrations through time (Fig. 1).
Whereas lead concentrations were low in the lake sediments prior to 2500 years
ago, typically just a few pg g!, there was a small, but distinct peak in lead about
2000 years ago with an increase in the range of a few to 10 pg g™!. This concentra-
tion peak, which was coincident with Settle and Patterson’s estimated peak in global
lead production during the Roman period (Fig. 1), was highest in lakes in south-
ernmost Sweden, lower in south-central areas, and, on the basis of concentrations
alone, not as easily detected in lakes in the north. About 1000 years ago there was
a larger, consistent increase, with lead concentrations as high as 200 pg g™! in the
south and about 20-50 pg g™' in more northerly lakes. One month after publication
of the Swedish study, Hong et al. (1994) revealed that the same temporal patterns
in changing lead concentrations were found in the ice core record from the summit
of the Greenland Ice Sheet; that is, a clear peak in lead about 2000 years ago and an
increase from about 1000 years ago.

These early results from Swedish lake sediments as well as the Greenland ice
sheet were subsequently reinforced by the addition of stable lead isotope analyses.
Ores formed in areas underlain by Precambrian shield, such as Australia (Broken
Hill mine), South Africa, Canada or Fennoscandia, often have low (i.e., radiogenic)
206pb/297Ph isotope ratios in the range of 1.02—1.04 (?*°Pb/>"’Pb is the most com-
monly referred to isotope ratio in environmental studies). This is because these ores
were isolated earlier (i.e., they are older), whereas ores in younger geologic terrains,
such as in other parts of Europe, have evolved higher isotope ratios, mostly in the
range of 1.16-1.18. Ore lead has been used in a wide range of applications from
Antiquity to the present (Patterson 1971, 1972; Nriagu 1983, 1996), and this use
does not impart isotopic fractionation. Thus, the original isotopic composition of
the ore is retained.

Prior to human exploitation of lead-bearing ore resources, the 2°°Pb/>*’Pb isotope
ratio of lake sediments reflected the 2°°Pb/?°’Pb isotope ratio of regional soils. This
is because low concentrations of lead were delivered naturally to the lake through
the erosion of watershed soils. Soils across much of Sweden (and thus also sedi-
ments) have evolved higher 2°Pb/2’Pb isotope ratios than many common ores be-
cause of the Precambrian origin of the bedrock. For example, parent soil material
(C-horizon) and sediments older than 3000 years collected from sites throughout
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Sweden as well as Finland have 2°°Pb/2"’Pb isotope ratios in the range of 1.3 to 2.0
(Bréannvall et al. 1999; Bindler et al. 2001; Brannvall et al. 2001; Renberg et al.
2002; Klaminder et al. 2005; Merildinen et al. 2011). However, 2°Pb/?’Pb isotope
ratios in the studied sediment records in Sweden, Finland and as far north as the
Kola Peninsula, Russia, show a decline about 2000 years ago at the same time as the
small increase in concentrations originally described by Renberg et al. (1994). The
isotope analyses provided clear evidence that the additional lead entering the lake
sediment at this time had a non-local origin.

The input of lead to European lake sediments has commonly been simplified by
using two isotopic end members: a local, soil lead; and anthropogenic lead, which
was emitted during the mining and metallurgical processing of lead-bearing ores,
transported atmospherically, and deposited on the lake and its watershed. A simple
binary mixing model can then be constructed, comprised of the natural lead com-
position—which is based on deeper sediments for each lake, and an anthropogenic
lead addition that has an isotopic composition similar to the average value of main-
land European ores (Farmer et al. 1996; Brannvall et al. 1999). Based on this type of
binary mixing model, the observed increase in lead can only be explained in terms
of pollution, and not natural catchment processes, such as weathering (Bindler et al.
2008).

After the fall of the Roman Empire about 1500 years ago (~AD 500), lead con-
centrations and the lead isotopic composition of Swedish lake sediment records
returned towards natural background values (Fig. 1). Thus, there was a decrease
in anthropogenic lead emissions and deposition, which is not surprising given the
decline in lead production at this time. However, about 1000 years ago, as lead
concentrations again began to increase, so too did 2°°Pb/?°’Pb isotope ratios again
decrease. This shift reflects a renewed flux of pollution lead inputs, this time in
response to developments particularly in Germanic areas of Europe, as well as the
start of significant mining in the Bergslagen region of south-central Sweden (dis-
cussed below).

This general long-term pattern of ancient and historical lead pollution has been
observed in lake sediments from remote western Ireland (Schettler and Romer
20006), in peat records in areas outside of formerly glaciated terrains where lakes
are less common (Hansson et al., this volume), and in lake sediments from upland
(Curras et al. 2012) and high alpine areas (Arnaud et al. 2006; Guyard et al. 2007,
Thevenon et al. 2011). Alpine lakes are especially well-suited for reconstructing
ancient metal pollution for a few reasons. First, their watersheds tend to have expe-
rienced fewer disturbances than their lower elevation counterparts. Second, alpine
lakes tend to be characterized by bowl-shaped bathymetries, which simplify depo-
sition pathways. Third, alpine lakes tend to be characterized by small catchment
to lake area ratios, which limits the importance of erosional inputs of soil-bound
lead. In the Swiss Alps, for example, Thevenon et al. (2011) analyzed the sediment
record from a small high-elevation lake, Meidsee (lake area 1 km?; catchment area
~2 km?; 2660 m asl), located near the border with Italy. As previously observed
in Swedish sediments, peat bogs across Europe, and the Greenland ice cores, this
alpine lake-sediment record shows a clear early enrichment in lead between 300
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BC and AD 300 with a peak centered around 100 BC. Thevenon et al. could iden-
tify this peak both on the basis of concentrations and through stable lead isotopes
(Fig. 1). At the peak, lead concentrations were five-times higher than background
concentrations, and the stable lead isotope ratio (**°Pb/>°’Pb) showed a sustained
decline to ~1.18. This is in contrast to an average pre-anthropogenic ratio of about
1.19 for the several prior centuries. Similar to the Swedish lakes, pollution lead
increases from AD 1100 to the present, with an early peak during 1200-1400. Only
in the latter half of the twentieth century, with widespread usage of alkyl-lead ad-
ditives in gasoline, did lead concentrations again reach the same levels as the peak
recorded during the Roman period. Although the chronological development in this
sediment record follows the general European pollution narrative, studies of other
lake-sediment records from the French Alps provide increasing evidence for early
mining that is regionally expressed across the alpine areas of Europe (Arnaud et al.
2006; Guyard et al. 2007).

Because this general stratigraphic pattern of lead pollution occurs in lake-sedi-
ment and peat records found throughout much of Europe, from the Iberian Penin-
sula west to the Alps and Germany and northwards to Scandinavia, Renberg et al.
(2001) suggested that it can be used as an inferred dating tool, either as a proxy to
estimate sediment ages or to support age-depth models. However, it is important to
recognize that the specific pattern and timing of lead enrichment can vary region-
ally based on historical fluctuations in European economic and political history.
For example, preindustrial mining activities peaked during the Roman period in the
Iberian Peninsula but occurred during the Middle Ages in Germanic areas (Monna
et al. 2000). There will also be specific variations in lead pollution records that will
reflect local or regional histories of mining and metallurgy; for example, alpine
sediment records from France and Switzerland record an early peak in lead ca. 100
BC (Arnaud et al. 2006; Guyard et al. 2007; Thevenon et al. 2011) where varved
sediment records from central and northern Sweden preserve a lead peak somewhat
later, ca. AD 80 (Bréannvall et al. 1999; Bindler et al. 2011).

A clearer example of how local histories can be important is the lead record from
Lake Red6 (Spain), a high-elevation (2240 m asl) lake in the central Pyrenees. As
observed in peat records from northwestern Spain (Kylander et al. 2005), Camarero
et al. (1998) measured small increases in lead above the natural background range
of 20-30 pg g™', which first began from ca. 670 BC in accordance with the early
exploitation of ores in Spain (Fig. 1). However, rather than finding a distinct peak
during the Roman period as seen in many other sediment and peat records in Eu-
rope, the largest peak in lead pollution in Lake Redd occurred later during the pe-
riod from ca. AD 460 to 1105, with the peak concentration of 515 ug g™ occurring
AD 660. This is a time period when most other sediment and peat records show
that metal pollution conditions returned nearly to natural background conditions
after the decline of the Roman Empire (Fig. 1). Although Camarero et al. did not
discuss specific links to historical events regarding early mining in the region, their
lead isotope analyses suggested that the lead was likely derived from mining in
nearby areas of the Pyrenees; here, the lead stratigraphy must be a record of local
or regional mining activity. Support for this interpretation of the lead record comes
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from the observation that lead deposition to Lake Red6 during the twentieth cen-
tury was linked in large part to specific mining activities in the surrounding region,
such as the Cierco mine operating from 1930 until the end of the twentieth century
Camarero et al. (1998).

Beyond Lead: Lake-Sediment Records of Historical Metal
Pollution in the Bergslagen Mining Region of Central Sweden

Lead has been the most commonly studied of the ore-related metals, not least be-
cause lead is a ubiquitous pollutant from a wide range of sources, as well as that iso-
tope analyses have made it possible to separate natural from anthropogenic sources.
But lead is obviously not the only metal that was released into the environment from
ancient and historical mining and metallurgy. Lake sediment records in some areas
of Europe also trace early metal pollutants other than lead. More frequently the oc-
currence of a wider range of metal pollutants is from lake-sediment records that are
geographically closely connected to mining and thus also mine drainage. A specific
example of this is the sediment records from the Bergslagen region of central Swe-
den, which have been studied from the perspective of tracing the regional mining
history (Wallin et al. 1987; Bindler et al. 2011), the regional impacts on metal pol-
lution (Bindler et al. 2009, 2012) as well as early lake-water acidification (Ek et al.
2001; Ek and Renberg 2001).

In a historical context, the Bergslagen region of south-central Sweden was spe-
cifically defined as 23 mining districts, which received royal charters or conces-
sions mostly during the fourteenth century. Geologically the Bergslagen region is a
metallic rich mineral province with iron ores (banded, skarn and massive ores) and
massive polymetallic sufide ores that are derived from intrusives and metavolcanic
rocks, mostly in the age range of 1.7-1.9 Ga (Stephens et al. 2009). Amongst the
historical districts were the Norberg mining district, which was the oldest of the dis-
tricts focused on the mining of iron ores, and Falun, whose copper mine accounted
for half to two-thirds of the global copper production during the seventeenth cen-
tury (Lindroth 1955; Hong et al. 1996).

In the lake sediments from Kalven and Noren (Bindler et al. 2011), two adjoining
lakes in Norberg, a similar pattern for lead occurs as seen in Rudegyl in southern-
most Sweden as well as Koltjédrnen in northern Sweden (Figs. 1 and 2). As typically
found for lakes throughout Sweden (Renberg et al. 1994; Briannvall et al. 2001),
there is a small peak in pollution lead ca. AD 80 and an increase from ca. AD 1000.
In lakes located within the Bergslagen region, however, the sediment 2°°Pb/2*7Pb ra-
tio indicates that beginning between ca. AD 1000 and 1200 pollution lead being was
also added to the sediment from local (i.e., Begslagen; 2°°Pb/2°’Pb: 1.023) sources in
addition to the well-established long-range atmospherically transported lead from
mainland Europe. (2*°Pb/?’Pb: 1.16-1.18).

The lake sediment cores Kalven and Noren also record differences in how metals
(other than lead) were delivered to individual lakes (Fig. 2). Whereas Kalven once
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Fig. 2 Pollution metal records from lakes in the historical Bergslagen mining region in south-
central Sweden, including concentrations of iron (Fe), copper (Cu), lead (Pb), mercury (Hg),
and zinc (Zn) from the lake sediments of Noren in the Norberg iron mining district (Bindler et al.
2011). Also shown are concentrations of copper, lead (and 2°°Pb/2"’Pb isotope ratios) and mercury
from the lake sediments of Runn, which is the main recipient lake receiving run-off from the cop-
per mine in Falun (Wallin et al. 1987; Nilsson 1998; Bindler et al. 2012)
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had two small iron blast furnaces on a small inlet stream feeding into the western
half of the lake, the Norberg iron ore field passes across Noren. Archaeologists have
registered more than 180 mine pits, ranging in size from small solitary pits to the
multiple deep shafts of, for example, the Kolningsberg and Klackberg mine fields
(Petterson 1994). Although all but a few of the pits or shafts entailed the extraction
iron ores, intrusions of metal sulfides are common. Consequently, the sediment re-
cord of Noren reflects not only a combination of long-range and local/regional lead
pollution as in Kalven, but from AD 1500 also includes arsenic, copper, zinc, and,
possibly most critically, mercury, which increased ten-fold (Bindler et al. 2012;
Fig. 2). These metals first increase in Noren’s sediment record when mining in
the area transitioned from working shallow pits to digging deeper shafts to access
the ores buried below. Because these other ore-related elements do not increase in
nearby Kalven, the source to Noren must have been mine drainage directly to the
lake and not atmospheric deposition.

About 80 km to the north of Norberg is the Great Copper Mountain at Falun,
which along with the burgeoning export of iron from the Middle Ages helped to
finance the foundation of the Swedish state. The oldest known text documenting
mining or metallurgy in Sweden is a deed of exchange from AD 1288, which con-
cerned the reacquisition of a one-eighth share in the mine. Besides containing 1-7 %
copper, the polymetallic sulfide ore contained also about 30 % sulfur and a few per-
cent of lead and zinc. This composition is reflected in lake sediment records found
throughout the area surrounding Falun, where there were also numerous smaller
mines as well as smelters and forges. As part of a project aimed at studying acidi-
fication and recovery in response to the mining history of the Falun area, Ek et al.
(2001) analyzed the metal records from fourteen lakes, and found elevated con-
centration of cadmium, copper, lead, sulfur, and zinc. The specific combination of
metals that increase in the sediment record of each lake largely reflected the mining
or metallurgical activities that occurred in closest proximity to the particular lake.
To exemplify the historical impacts of mining of polymetallic sulfide ores on Falun
lakes, data from a sediment record from Lake Runn are shown in Fig. 2. Lake Runn
is the main recipient for surface waters draining from Falun, and in particular the
river Faluan that flows through Falun. Thus the sediment record here is an inte-
grated history of mine drainage for the Falun region. Qvarfort (1984) analyzed eight
sediment cores from the 64 km? lake and found elevated concentrations of a large
suite of ore-related elements, including antimony, cadmium, chrome, cobalt, cop-
per, iron, lead, mercury, silver, tin, and zinc. The concentrations of copper, lead, and
zinc at some locations were in the range of 1000-3000 pg g™'. Subsequent analyses
of the annually laminated sediments occurring in much of the lake by Wallin et al.
(1987) showed that the increases in metals began shortly prior to AD 1345.

Subsequent work on Lake Runn, which was based on the varve record and ra-
diocarbon dating (Nilsson 1998; Bindler and Renberg, unpublished data), demon-
strated that the increases in ore-related elements began in the period beginning AD
1230-1245. This is about 50 years prior to the deed of exchange from AD 1288
mentioned above. In the sediment there was a rapid 20-40% increase in all el-
ements associated with mineral matter and an accompanying decline in organic
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matter content. More significant from a pollution perspective, there was an abrupt
increase in the concentrations of ore-related elements from one sample (175 cm; AD
1230) to the next (174 cm; AD 1245): sulfur increased 1.5 fold; lead 1.6 fold; nickel
4.4 fold; zinc 4.6 fold; and copper 34 fold, for which concentrations increased from
15 to 445 pg g '(Fig. 2). After AD 1300 the sediment includes not only these metals,
but also mercury (Bindler et al. 2012). These increases also included a large change
in the lead isotope composition of the sediment that occurred between AD 1230 and
AD 1275. During this interval, the 2°°Pb/?°’Pb isotope ratio declined from >1.356,
which is characteristic of background sediment, to 1.103. After the natural lead con-
tribution was subtracted, the additional lead must have a 2°Pb/?°’Pb isotope ratio of
about 1.04—i.e., the approximate isotopic signature of Falun ores. These historical
concentrations are more commonly associated with twentieth century metal pollu-
tion levels.

The metal records summarized above reveal nearly 3000 years of lead produc-
tion and pollution across the European continent. But there was clear variability
in the timing and magnitude of preindustrial lead emissions between geographic
regions, connected with local or regional histories. As new lake sediment records
are developed, our understanding of how lead pollution varied geographically and
temporally will undoubtedly improve.

Preindustrial Metal Pollution in the South American Andes

Mining and metallurgy developed independently in the New World. Yet despite a
richly documented history of metallurgy following Hispanic conquest of the Inca,
which occurred in AD 1532, little is known concerning the loci and intensities of
earlier metallurgical activities. Abbott and Wolfe (2003) were the first to realize
the potential lake sediments offered for understanding the mining, metallurgy, and
heavy-metal emissions in the New World. They used the temporal stratigraphies of
lead, silver, and other metals in a sediment core recovered from Laguna Lobato, a
small headwater lake in southern Bolivia (Figs. 3 and 4), to infer a millennium of
silver extraction at Cerro Rico de Potosi, Bolivia. This pioneering work initiated an
interest in using paleolimnology and geochemistry to better understand past metal
releases to the biosphere in the Americas. Research on this topic has only just be-
gun, but the results so far indicate a legacy of metal pollution that rivals the Euro-
pean results summarized above.

Most efforts aimed at reconstructing preindustrial metal pollution in the Andes
have relied upon the stratigraphy of two elements: lead and mercury. The advantages
of relying on lead have been described in detail already. But in the Andes, lead and
mercury were also uniquely representative of the two predominant ore-processing
techniques employed during preindustrial times: lead-based smelting and mercury
amalgamation. Preindustrial silver production relied upon the use of argentiferous
galena [soroche; (Pb, Ag)S] as a flux during smelting, which was conducted in
charcoal-fired, wind-drafted furnaces lined with clay (Auayras) (Bakewell 1984;
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Van Buren and Mills 2005). The use of soroche led to excessive lead volatiliza-
tion, resulting in lake sediment concentrations that are typically orders of magni-
tude higher than other trace elements. Lead-based smelting was largely replaced
by mercury amalgamation of silver during the middle of the sixteenth Century AD.
Mercury amalgamation was a cheap and simple method to extract silver from even
the lowest grade ores, and it solved the problem of fuel scarcity, which had plagued
the various mining and smelting centers of the Americas (Brading and Cross 1972;
Nriagu 1993, 1994).

Profiles of lead, mercury, and (less frequently) stable lead isotopes have been
generated from sediment cores recovered from a number of alpine lakes in the Peru-
vian and Bolivian Andes (Fig. 3). High-altitude headwater lakes have been the typi-
cal targets for the same reasons as in Europe: minimal watershed disturbance, small
lake to catchment area ratios, and simply lake bathymetries. Many of these lakes
are located near important preindustrial mining centers. For example, the Andes
host two of the largest silver deposits in the world: Cerro Rico de Potosi in southern
Bolivia, and Cerro de Pasco in central Peru. Peru also contains the world’s second
largest deposit of mercury, which is located near the city of Huancavelica. Sediment
cores have been recovered from lakes located proximal to all of these mines with
the goal of reconstructing the timing and magnitude of local ore extraction (e.g.,
Abbott and Wolfe 2003; Cooke et al. 2009a, b). Other, more recent efforts have fo-
cused on reconstructing patterns of preindustrial metal pollution from locations not
directly impacted by regional mining activities (e.g., Beal et al. 2013).

In many of the Andean lake sediment cores investigated to date, the concentra-
tion and flux (accumulation rate) of lead prior to ca. AD 500 are typically 20 ug g~ !
and 5 mg m 2 y!, respectively (Fig. 4). This represents background or natural
conditions prior to human activities in the region. However, in many Andean lake
sediment cores, increases in lead concentration and flux are noted after AD 500
or sometimes after AD 1000 (Abbott and Wolfe 2003; Cooke et al. 2007, 2008,
2009b). For example, lead concentrations within Laguna Llamacocha (Peru) in-
creased from a stable background of 2 ug g! to ~10 pg g' between ca. AD 400
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and 600; a similar increase in lead at the same time is also recorded by Laguna Taypi
Chaka Kkota (Bolivia) (Fig. 4). In contrast, elevated lead deposition to Lagunas
Pirhuacocha and Lobato are not evident until after ca. AD 1000. Thus, increased
rates of lead deposition to Andean lake sediments appear to have been initiated
either ca. AD 500 or AD 1000.

At the same time that lead concentrations and accumulation rates start to increase
in Andean lake sediment cores, 2°°Pb/?*’Pb isotope ratios decrease. As in Europe,
Andean ore deposits containing lead are characterized by lower 2°°Pb/2°’Pb isotope
ratios than host rocks. Thus, increasing inputs of lead—due to mining or smelting
of lead-bearing ores—will decrease the 2°°Pb/2"’Pb isotopic ratio of regional lake
sediments. This is exemplified here using the sediment records from Lagunas Lla-
macocha and Pirhuacocha, where 2°°Pb/2’Pb values shift from 1.23 to 1.26 down
to ~1.20 at the same time as lead concentrations and flux begin to increase (Fig. 4).
Lead isotopes thus offer a complimentary approach for delineating the onset of
preindustrial lead pollution.

As mentioned above, preindustrial lead deposition to many of the Andean lakes
investigated to date seems to begin at either ca. AD 500 or AD 1000. This variabil-
ity has been interpreted to reflect regional differences in the timing and expansion
of mining and metallurgy across the Andes (Cooke et al. 2008). These time peri-
ods were also important culturally. AD 500 marks the expansion, and AD 1000 the
collapse, of the two largest pre-Inca Andean empires: the Wari and the Tiwanaku
(Fig. 3). The emergence of these two empires increased demand for precious metals
increased demand for precious metals (especially silver), thereby triggering the rise
in lead pollution noted at this time in, for example, Lagunas Llamacocha and Taypi
Chaka Kkota (LTCK). However, other Andean lake sediment records (e.g., Laguna
Lobato) suggest another expansion of mining and metallurgy just as these two em-
pires were collapsing around AD 1000. A recent hypothesis suggested that the col-
lapse of the Wari and Tiwanaku Empires initiated a large-scale dispersal of people
across the Peruvian and Bolivian Andes (Owen 2005). The movement of people
away from the Wari and Tiwanaku heartlands, which is supported by archaeological
evidence, may have similarly dispersed the knowledge and technology necessary to
conduct mining and metallurgy across the Andes (Cooke et al. 2008).

Using lake sediment cores to infer past metal deposition rates makes the assump-
tion that metals are loaded in direct proportion to local metal emission rates. Pro-
vided this is true, they can offer insight into the expansion of mining and metallurgy
across the Andes. But sediment geochemistry can also be used to infer changes in the
metal(s) being produced. For example, in the sediment core from Laguna Pirhuaco-
cha both zinc and copper increased to a larger degree than lead prior to ca. AD 1450;
after that time lead increases to a larger degree than either copper or zinc (Cooke
et al. 2007). In addition, both bismuth and antimony first appear at detectable levels
in the sediment record after this time. Because local silver-bearing ores are known
to be enriched in bismuth, it was suggested that this change in inferred metal emis-
sions reflected a switch from copper to silver metallurgy. This emphasis on silver
production was maintained during the Colonial era, when lead levels within Laguna
Pirhuacocha sediment again increase. A similar change in extractive technology was
inferred at Laguna Lobato, where a Colonial-era increase in inferred atmospheric
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Hg deposition signaled the transition for lead-based smelting to Hg amalgamation
(discussed below). Thus, mining priorities appear to have changed with time, and
these changes are reflected within regional lake sediment records.

Early Cinnabar Mining and Mercury Amalgamation in the Andes

Cinnabar (HgS) is a bright red mineral and the principal source of mercury. Once
mined, cinnabar can be ground into a powder to make a bright red pigment known
as vermillion, which was one of the earliest pigments used widely during prehis-
toric times in both the Old and New Worlds. Alternatively, cinnabar can be smelted,
which releases the mercury as a gaseous elemental mercury (Hg) that can then be
cooled and condensed to yield liquid elemental Hg. European alchemists believed
that liquid mercury was a primary ingredient in all metals and could be transmuted
into gold. Although we know this is not the case, liquid mercury will extract and
dissolve fine flakes of gold and silver. This process, known as mercury amalgama-
tion, was (and still is) a relatively easy and inexpensive process for extracting silver
from low-grade ores.

Mercury amalgamation was first deployed on a large scale in the Americas dur-
ing the mid-sixteenth century. Mercury was lost at all stages of amalgamation, and
because of this an unprecedented demand for mercury was stimulated globally. In
two papers published in the 1990s, Jerome Nriagu (1993, 1994) suggested that colo-
nial mercury mining and amalgamation had left “...an unparalleled legacy of mas-
sive mercury pollution”. Nriagu calculated that mercury amalgamation had emitted
large quantities of mercury to the atmosphere, with cumulative emissions totaling
over 100,000 t over a relatively short 250-year period (AD 1520—-1870). These pre-
industrial mercury emissions were thought to have occurred as gaseous elemental
mercury (Hg®). The species emitted is important because gaseous elemental mer-
cury is characterized by an atmospheric residence time of over a year, which allows
for a global distribution. Other species of atmospheric mercury, including gaseous
oxidized mercury (Hg?") and particulate mercury (HgP), are rapidly scavenged from
the atmosphere and thus have much shorter atmospheric residence times and depo-
sition patterns more typical of other trace metals emitted by human activities (e.g.,
mining and metallurgy).

To better constrain the timing, magnitude, and geographic distribution of prein-
dustrial mercury emissions, Cooke et al. (20092) recovered sediment cores from two
lakes (Lagunas Yanacocha 1 and 2, hereafter simply LY 1 and LY?2); both lakes are
located within 10 km of the large cinnabar deposits at Huancavelica in central Peru.
Cinnabar (HgS) Cinnabar deposits at Huancavelica supplied much of the mercury
supplied much of the mercury used to amalgamate silver during the Colonial era.

Somewhat surprisingly, Cooke et al. found that atmospheric mercury deposition
to LY1 and LY?2 increased as early as 1400 BC, and by 600 BC mercury accumu-
lation rates within both lakes exceeded background by a factor of 10 or greater
(Fig. 5). This early rise in mercury was attributed to the onset of cinnabar mining
because of the widespread use of vermillion by pre-Incan cultures.
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Mercury concentration and flux within LY1 and LY2 sediments increased
again between AD 1400 and 1600, with mercury concentrations reaching nearly
10,000 ng g ' in LY and 30,000 ng g" ' in LY2 (Fig. 5), which are about 10-fold
higher than the mining-contaminated lakes in Sweden (Fig. 2). These exceptionally
high mercury concentrations were driven by regional cinnabar mining, which ex-
panded dramatically after the introduction of mercury amalgamation to the Andes.

The impacts of amalgamation were not limited to lakes located directly down-
wind of the cinnabar mines. For example, a coeval increase in mercury at this time
is noted as far away as El Junco, a crater lake on San Cristobal Island, Galapagos
archipelago (Cooke et al. 2013). At the same time, other sediment cores recovered
from lakes located in the Southern Peruvian Andes, record no preindustrial increas-
es in mercury deposition (Beal et al. 2013). Thus, mercury emitted during the era of
amalgamation was not uniformly distributed across the landscape.

There is general agreement that massive amounts of Hg were mined and lost in
the amalgamation of precious metals, particularly silver. Considered collectively,
however, Andean lake sediment cores suggest considerable spatial and temporal
heterogeneity in anthropogenic emissions of mercury during the preindustrial era.
Such a high degree of variability implies that, in contrast to Nriagu’s original hy-
pothesis, the majority of preindustrial mercury emissions to the atmosphere did not
occur as gaseous elemental mercury. Instead, preindustrial mercury emissions more
likely occurred as either reactive gaseous mercury or particulate mercury (most
likely cinnabar dust).

Future Directions and Remaining Questions

This review of lake sediment archives of preindustrial metal pollution has been
focused on Europe and the South American Andes, two regions with which we
are most familiar and for which there have been a number of studies conducted to
date. But preindustrial mining and metallurgy was by no means restricted to these
regions. Indeed, new efforts using lake sediment cores from China are beginning to
expand our understanding of the environmental impacts of early Asian mining and
metallurgy. For example, Dearing et al. (2008) document an increase in regional
metal pollution beginning as early as ca. 2200 years ago (200 BC) in the Yunnan
region of Southern China, and Lee et al. (2008) have suggested increases even as
early as 3000 BC. In addition, paleolimnological techniques have recently been
applied to understand the timing and magnitude of ancient copper mining in the
Great Lakes region of the United States and Canada. Using well-dated sediment
cores collected from lakes located on the Keweenaw Peninsula in Michigan (Unit-
ed States), Pompeani et al. (2013) generated high-resolution records of past metal
deposition spanning the Holocene. Pompeani et al. found that lead concentrations
within the cores increased as early as 8000-7000 years ago, which predates the
regional appearance of agriculture and ceramics. Interestingly, this (so far) appears
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to be the earliest evidence for preindustrial metal pollution, albeit at a very limited
geographic scale. Future efforts using lake sediment cores from metal-rich regions
around the world will undoubtedly offer new insight into the temporal and spatial
scope of past human-environment interactions and resource exploitation.
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John Boyle, Richard Chiverrell and Dan Schillereff

Abstract Since the first studies reporting recent stratigraphic changes of metal con-
centration in lake sediments, many hundreds of studies have been published in the
peer-reviewed literature. It is an impossible task to do justice to all of these works
here; instead we: (1) examine recent methodological advances and place these in
the context of the historical development of the discipline; and (2) explore the vari-
ous purposes to which such methods have been applied. Such a historical emphasis
may appear in conflict with the needs of a review of new approaches; however, this
is not in fact the case for two main reasons. First, most new advances supplement
rather than replace traditional methods, such that a thorough understanding of the
practical and theoretical issues impacting these is still essential for reliable interpre-
tation of palacolimnological data. Second, while many of the new methods purport
to circumvent problems, they achieve this only under favourable conditions, not
dissimilar to the conditions that influence the earlier methods, so the same lesson
must be learned anyway. Consequently, we use this historical narrative to address
the fundamentals of the discipline.

The chapter comprises two main parts; methodology and applications. The meth-
odological section has three subsections: (1) Introduction to processes controlling
natural variations in metal fluxes and concentrations in lake sediments; (2) Mea-
surement of metal concentrations in sediments; (3) Calculation of enrichment or
fluxes from sediment metal concentration data.

There are four main applications subsections focusing on the value of lake sedi-
ment records of metals derived from mining or industry. They are: (1) Geochro-
nological markers in sediments providing chronology for other research goals; (2)
Lake sediment heavy metal records to quantify pollution loading histories, or to
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identify pollutant sources; (3) Identifying and quantifying pre- and post-mining
baseline conditions; (4) Identifying pollutant pathways or environmental processes
regulating heavy metals.

Keywords Lake sediment - Metal - Contamination : Mining - Industry -
Geochemistry

Part I. Review of Methods

A number of issues impact the measurement and interpretation of metal concentra-
tions in lake sediment depending on their natural dynamics within a lake’s catch-
ment. So important are these to the reliable interpretation of metal pollution records
that we provide a brief introduction to natural processes before proceeding to mea-
surement and data processing. We then describe analytical approaches for the evalu-
ation of metal pollution records preserved in lake sediments, dividing these into
two categories: methods for measurement of metal concentrations, and methods to
obtain useful information from such measurements.

Processes

Parent Material Heterogeneity

Natural materials are highly variable in elemental composition. Though biological
entities such as plant tissues have relatively limited variability in major element
concentrations, most soil or rock types are classified in terms of function (e.g.,
crop types, or drainage in the case of soil) and/or physicochemical characteristics,
and may exhibit a wide range of elemental compositions. Even the better-defined
igneous rock classification terms, such as “granite”, actually have multiple mean-
ings (with various strict and broad definitions), and even when strictly specified
are defined in terms of their component minerals, which in turn may be highly
variable in composition. Other terms, such as “sandstone”, convey very little com-
positional meaning at all; though likely dominated by quartz, they may contain any
other minerals including calcite, provided the detrital particles fall in the size class
for sand. Even when qualified by terms like “volcaniclastic”, the type of volcanic
rock comprising the sandstone is commonly not mentioned, and thus an extremely
wide compositional range is possible.

To make matters worse, geological maps may be chronostratigraphic in purpose,
accurately reflecting what is known of rock age, but saying little or nothing of what
the mapped units are made of. Even lithostratigraphical maps typically distinguish
heterogeneous groupings of rock types that show great local variability. An addi-
tional problem arises from the loose material, commonly referred to as drift, which
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lies above the bedrock. The vast preponderance of lakes in the northern hemisphere
owe their existence to glaciations. Consequently, a great deal of detritus delivered
to lakes is derived from the weathering of glacial materials (dominantly till, but in-
cluding sand, gravel and loess). Some of this is locally derived, and may reflect the
underlying bedrock, but much has been transported great distances. Thus geologi-
cal maps may provide little compositional information to the palaecolimnologist in
terms of natural metal concentrations in the parent rock types. Consequently, direct
assessment of parent material composition is required if natural heavy metal contri-
butions are to be fully understood. Without this, it may be very difficult to separate
a pollutant signal from natural variation. Nevertheless, some geological maps list
specific rock types, particularly maps that represent small areas, and thus rock clas-
sification may be used as a starting point. Table | shows the element concentrations
of a small number of selected rock types. It is highly incomplete and, more impor-
tantly, represents only the average condition and thus may be a very poor guide to
the composition of a specific instance of one of the listed types. Nevertheless, the
values in the table serve to illustrate likely between-rock type differences in element
concentration given some knowledge of the geological make-up of the catchment.
Some elements differ little across the rock types (except in the case of carbonates, in
which all elements except Ca, Cd, Mg, Mn, Sr and Zn—have low concentrations).
However, most heavy metals show substantial differences. Thus, Cu, Cr, Ni and Zn
are enriched in mafic (Mg-Fe rich) rock types, Cr and Ni strikingly so in ultramafic
rocks, whereas As, Hg, and Cd are most enriched in shale (and other fine-grained
rocks, commonly with abundant clay) and their metamorphic equivalents such as
slate and schist). Pb is depleted in mafic rock types, but enriched in granite and
shale. Such information is useful when choosing study sites as careful screening
of bedrock type improves the chance of finding the low natural heavy metal con-
centrations and fluxes, and thus improving signal to noise ratio when evaluating
atmospheric metal pollution.

Table | provides the average compositions for rock types that may underlie a
catchment. However, several processes cause a lake’s sediment to be quite dif-
ferent in composition to its parent rock. This is partly because little if any of the
sediment comprises fragments—termed lithoclasts—of that rock. In the case of
coarse-grained rock types such as granite, no lithic fragments are small enough
to be transported to deeper parts of lakes. Thus, most lithogenic particles in the
sediment comprise individual minerals. This would matter little to interpretation
of the sediment composition if the mineral assemblage in the sediment comprised
an unbiased sample of the rock minerals; the particles would then have the same
composition as the bedrock. However, this is certainly not the case for coarse parent
rock, as the finer-grained primary crystals are preferentially transported to the lake
centre, and these are generally atypical in composition (Fig. 1). In the case of fine-
grained rock types, such as siltstone, shale/mudstone/slate or volcanic rocks, the
lake sediment particles may include rock fragments, but even those are unlikely to
be identical to the parent material. These lithogenic particles will have been altered
by chemical weathering prior to erosion, except in cold or rapidly eroding settings
(such as alpine, tundra and periglacial landscapes). Weathering may have removed
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0.4 mm

Q =Quartz

Ab = Albite

B =Ferrohastingsite
Bi = Biotite

F =Fayalite (Olivine)
H =Hedenbergite

A = Apatite

L =Limonite

Z =Zircon

G =Grunerite

B =Opaques

Fig. 1 A sketch thin-section of granitic rock is reproduced here with permission of Kurt Hollo-
cher. This alkali fayalite granite illustrates the mix of crystal sizes. Mainly large crystals of quartz,
feldspar (albite), amphiboles (ferrohastingsite and grunerite), pyroxene (hedenbergite), olivine
(fayalite) and biotite, enclose an assemblage of smaller crystals of apatite, zircon and opaques
(mainly ilmenite and magnetite). Other common small crystals are various oxides of Ti (rutile,
anatase and brookite). During weathering, micas readily disintegrate to smaller particles; quartz
and feldspar tend to remain intact

the least stable minerals (such as sulphides, carbonates, and apatite) from the rego-
lith, and may have partially removed minerals of intermediate weatherability such
as plagioclase and chlorite (and other mafic minerals such as olivines, amphiboles
and pyroxenes). The weathered regolith will not just have lost minerals, it will have
acquired secondary “clay” minerals too. Thus, to understand the range of likely
compositions for lithogenic sediments, derived from variably weathered parent ma-
terials, it is necessary to know something of the composition of the rock forming
minerals; those that make up the bulk of the common rocks; and of the commoner
secondary minerals. Clearly, in mining regions we may find rarer minerals in abun-
dance, but we do not review them.

Table 2 shows the compositions of a selection of individual mineral analyses.
This table must be interpreted with caution for two reasons. First, to simplify the
table, only single examples are given. This was done even for the very large mineral
families, such as the pyroxenes, amphiboles and chlorites. Averages of common
types within these families are presented, but even these types commonly show
great natural variability. The values serve to distinguish difference in typical miner-
al compositions, but may be incorrect in any specific case. Second, the mineral data
set on which the trace element analysis is derived is incomplete, likely comprises
an unrepresentative sample, and displays great variability in composition. The val-
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ues are log means of highly skewed data, so any particular specimen of a mineral
may differ greatly from these. Nevertheless, as in the case of the rock compositions
in Table 1, the generalities are useful. Thus the strong association of V with mag-
netite, of Cu and Zn with mafic minerals, of Pb with potassium bearing minerals,
particularly the K-feldspar minerals, is reliable and this information is useful when
interpreting natural concentrations and fluxes of heavy minerals.

Pedogenic Materials

In general, lithogenic particles in lake sediments are derived from soil rather than
directly from bedrock. Thus the compositional transformations that occur within
soils must be fully understood if we are to understand the composition of lake
sediments. Weathering of many rock-forming minerals generates secondary solid
phases. As these secondary phases generally occur as very small particles, they may
contribute disproportionately to profundal lake sediments. Unfortunately, relatively
little is known about the heavy metal content of these materials. While the miner-
als they are composed of are commonly well-studied, specimens studied are typi-
cally from unweathered bedrock. In soils, the same secondary phases are typically
mixed with other materials, particularly humic substances that coat their surfaces
and control their adsorption properties. This is particularly important in the case of
secondary oxides, hydroxides and oxyhydroxides of Fe, Mn and Al. Thus, second-
ary minerals have not only inherited elements directly from their parent minerals,
but have also adsorbed some elements released from the chemical weathering of
other minerals. Thus Cu, Cd and Zn released from parent material sulphides, and
Pb released from partial dissolution of micas and feldspars, are partially or wholly
retained in the soil, chemically bound to the pedogenic phases. It is unclear just
what proportion of Cu, for example, is held this way rather than released to the
exported runoff from soil. However, some preliminary modelling using the Wind-
ermere Humic Acid Model (WHAM), which assesses binding of metals to humic
substances coating sediment particles (Steve Lofts, Pers. Comm.) suggests a high
degree of retention. In the event that heavy metals are also being supplied to the soil
by pollution, they will be fixed in the sediment by the same secondary phases that
hold the natural component. This similarity of process is highly significant when it
comes to the characterisation of pollutant metals because there need be no differ-
ence between the natural and pedogenic metal in terms of chemical speciation in
the soil, though both may readily be distinguished from any metal bound with the
lattices of lithogenic minerals.

Element Fractionation During Transport from Parent Material to Lake
Sediment

The heterogeneity of parent materials described above, in rock type, their compo-
nent minerals, and by pedogenic transformation, contributes to fractionation of ele-
ments as they make their way from the catchment to the lake bed, and this impacts
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the interpretation of natural baseline element fluxes, enrichment factors, and other
concepts or methods used to understand heavy metal pollution using lake sediment
records. Three factors influence this fractionation: (1) contrasts in element “solubil-
ity” between the soil environment and lake water column; (2) hydrodynamic sorting
of compositionally heterogeneous particulate matter, and (3) solubility contrasts be-
tween buried sediment and the sediment surface. All three must be properly under-
stood if stratigraphic changes in element composition are to be correctly interpreted.

Fractionation by Solubility Contrast The ease by which an element may be dis-
solved in the catchment soil, and the ease by which it may be re-precipitated with
the lake or sediment, are both fundamentally important to understanding sediment
composition (Mackereth 1966). Mackereth contrasts elements such as K, Na, and
Ca (he was not considering marl lakes), which are readily leached from the soil and
transferred to the lake, but which are poorly captured by the sediment (in soft-water
systems at least), in contrast to elements such as P and heavy metals, which may be
readily dissolved in soil but readily retained by sediment within the lake (Ca will
fall in this category in the case of marl lakes). In the former case, the element con-
centrations in the sediment are unaffected by the dissolved load, and are controlled
instead by the supply of eroded soil particles. In the latter case, a more complex
pattern of variation is expected arising from both allogenic (eroded particles) and
authigenic (formation of or capture by particles in the water column) delivery.

This useful conceptual system can be extended in two ways. First, relatively
insoluble elements such as Ti and Zr, not considered by Mackereth (1966), can be
treated as a third case. In their mechanism of delivery to the lake bed they resemble
K, Na, and Ca. However, while the latter are subject to gradual source-area deple-
tion (neglecting calcite, which would be rapidly depleted) through time by leaching
(Boyle 2007; Boyle et al. 2013), Ti and Zr are not, and thus potentially remain at
relatively invariant concentrations throughout a long (~103 plus years) sediment
record (neglecting dilution by organic matter). Second, a significant proportion of
easily dissolved P delivered to a lake may exit with any out-flowing water (Kirchner
and Dillon 1975) while the proportion of heavy metals captured is generally very
high, though varying among metals (Boyle and Birks 1999; Rippey 2010). This last
point is crucial for quantitative interpretation of heavy metal sedimentation fluxes,
which may be quite different from short-term supply fluxes, particularly in deeper
lakes (Boyle et al. 1998). However, changing solubility is also relevant to the in-
terpretation of long sediment records of heavy metals. First reported by Mackereth
(1966), the strong early Holocene sediment enrichment by Cu and Zn has been
attributed to changing metal solubility within soil and sediment brought about by
warming-induced increases in dissolved organic carbon fluxes (Wolfe and Hartling
1997).

Fractionation by Size Effects The data in Table 2, revealing widely differing ele-
ment concentrations across the common minerals, shows the potential for hydro-
dynamic sorting of allogenic particles to change sediment metal concentrations.
Clays, micas, and chlorites are all enriched in Cu and Zn such that sediment fining,
whether due to enhanced mobilisation of fine sediment or reduced mobilisation of
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coarse sediment, will cause elevated Cu and Zn concentrations. The strength of
the particle size effect is illustrated for two soil and two Younger Dryas sediment
samples from Krakenes Lake, Norway (Fig. 2, unpublished data and Boyle et al.
2013). Derived from till, here a mixture of schist, granitic gneiss, and amphibolite,
Cu, Ni, Pb and Zn are strongly enriched in the finest size fractions. As the soil and
sediment samples were treated to remove the organic matter and adsorbed ions,
this particle size effect is a property of the allogenic particles. For comparison, Al,
Ti, Rb and Zr, all elements proposed for use as passive tracers of the natural heavy
metal flux, show widely varying size dependence. Rb is similar to the heavy metals,
particularly to Cu and Zn, in showing both a strong enrichment in the fine fraction,
and a degree of enrichment in the coarse sediment, dominated by weathered bio-
tite. At the other extreme is Zr which is depleted in both coarse and fine sediment
but strongly enriched in silt. Aluminium occurs across all size fractions, with a
tendency to enrichment at the fine end. Ti is similar but with a peak in the silt size
reflecting primary Ti oxide minerals. Clearly, at this site changing hydrodynamic
sorting will strongly impact the heavy metal ratios to Al, Ti, and Zr but much less so
for Rb. At other sites, however, very different results might be expected. Where Al
and Ti are dominantly in clays rather than primary oxides, they may provide good
analogues to the heavy metals. Crucially, it is clear that such size sorting effects
may invalidate enrichment factor calculations (see below), which must therefore be
assessed carefully.

Fractionation of Elements by Diagenesis If element solubility can change after
sedimentation then post-deposition change can also occur. The effect is best seen
for Fe, Mn, As, Co, Cr, and V because changes in oxidation state so profoundly
change the solubility (Boyle 2001a; b). It is less certain whether elements that occur
in a single oxidation state (under natural conditions) are also subject to such power-
ful migration. Based on a simple process model Boyle (2001a) argued that Cu, Zn
and Pb profiles might indeed be modified by changing Fe and Mn sediment con-
centrations, but only to a noticeable degree in very slowly accumulating sediments
(sediment mass accumulation rate <50 g m~2 year !). Empirical studies comparing
known heavy metal pollution histories with the sediment record support the view
the records are generally reliable for Cu, Cd, Pb and Zn (Couillard et al. 2004) and
Hg (Lockhart et al. 2000). However appropriate caution should always be applied
in considering possible causes of metal migration (See Outridge and Wang, this
volume). For example, in the exceptionally acidic lakes near Sudbury (Canada) the
combination of elevated lake-water Cu and Zn concentration and sulphate reduction
in the sediment causes diagenetic enrichment of the sediment with these elements
(Carignan and Tessier 1985; Tessier et al. 1989).

Concentration Versus Flux
The debate about whether sediment geochemical records should be expressed as

fluxes rather than concentrations is addressed in detail by Engstrom and Wright
(1984), and further visited by Boyle (2001b). The broad conclusion of both is that
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concentration is the primary form being more precise, less open to interference and
generally easier to interpret. However, accumulation rate data are invaluable for the
interpretation of the elemental concentrations, and a case can be made for display-
ing both where needed. Concentration and flux are not unrelated. If concentration is
viewed in terms of relative flux—that is, the flux of the element of interest divided
the total sediment flux—it is easier to conceptualise possible causes of the compo-
sitional variation. An increase in heavy metal concentration is frequently mistaken
for an increase in heavy metal flux, while it may be equally well explained by a de-
crease in the total sedimentation rate. Perry et al. (2005) present a thorough analysis
of sediment accumulation rate effects in relation to lake sediment Hg records.

It is worth reiterating that if sediment accumulation rate is critically important,
then it is unlikely that a single core will be sufficient to characterize a lake and its
pollution history. Rowan et al. (1995a, b) discuss this at length and propose an ap-
proach to estimating the optimum number of cores. Dillon and Evans (1982) dem-
onstrate the value of multi core studies of Pb loadings in Ontario, Canada.

Measurement

Two main approaches exist (Boyle 2001b): (1) determining elemental concentra-
tions of the solid material directly and (2) determining the elemental concentrations
of metals extracted from the solid material. The decision regarding which approach
to employ depends on the research question being asked and whether there is a need
for non-destructive analyses. In general, analysing sediment directly yields values
that reflect a total concentration, and some methods are non-destructive, conserv-
ing sediment and minimising the risk of contamination. However, for elements that
are abundant both in loosely bound form and within primary mineral lattices, total
concentrations can be difficult to interpret. In such cases, analysing extracts can be
more versatile as total or partial components can be considered as required. How-
ever, such procedures are always destructive resulting in a loss of sample, though
the sample size required may be very small. Furthermore, hazardous reagents are
used in many of the chemical extraction methods, particularly hydrofluoric and
perchloric acids. Completing appropriate risk assessments prior to commencing the
work and employing safe working practices are essential.

Extraction Methods

Total Digestion Using Acid Digestion Where the total extraction of mineral-bear-
ing material is desired, the preferable method is acid attack using a mixture of nitric
(HNO,), perchloric (HCIO,), and hydrofluoric (HF) acids (Boyle 2001b; Couillard
et al. 2004). Two broad approaches are used. Allen et al. (1974) used open vessels,
enabling HF acid to be fumigated along with silicon, reducing matrix interferences
in the subsequent analysis. More commonly sealed acid pressure vessels are used
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which ensure more complete dissolution (Jackwerth and Gomiscek 1984; Gargon
et al. 2012), but which then requires greater care in the management of matrix
effects. Boric acid (H,BO,) is added to make the solution safe.

Partial or Sequential Extraction The aim of applying partial extraction techniques
to sediment samples is to separate readily available elements from immobile ones.
One recommended procedure (Engstrom and Wright 1984) initially uses 0.3 M
HCI as an extraction reagent followed by oxidation by adding hydrogen perox-
ide (H,0,). Alternative acid digestion methods include aqua regia (HC1 + HNO,
mixture, Skierszkan et al. (2013)). A comparative study by Pefia-Icart et al. (2011),
investigating the relative extraction efficiencies of aqua regia and EPA Method
3050B which applies a mixture of nitric acid (HNO,), hydrogen peroxide (H,0,)
and HCI, concluded that both methods extracted similar amounts of Cu while Ni
and Pb showed different levels of extraction. Importantly, both of these methods are
effective at minimising the dissolution of the silicate component.

Sequential extractions are time-consuming, so it is important to assess the value
of the information gained this way. Boyle (2001b) points out that little evidence
exists that the components separated by sequential extraction, using methods de-
veloped and tested for freshly deposited sediments or soils, are preserved in lake
sediment cores. Furthermore, there is no evidence suggesting that such extractable
metal is necessarily pollutant in origin (See Pedogenic Materials, in the Methods
section). Nevertheless, partial dissolution can separate the insoluble primary min-
eral component from the rest, and this is both useful and likely preserved in the
sediment record. These reasons lend support to the conclusion of Arain et al. (2008)
who argued that a single extraction for a number of heavy metals (Cd, Cr, Ni, Pb
and Zn) was as useful as more complex multiple extractions, greatly reducing the
total preparation time.

Some elements may require special extraction procedures which are detailed
below for specific instruments or are cited in Boyle (2001b).

Analysing Solid Samples

The two most widely used methods for direct analysis of solid sediment samples are
x-ray fluorescence analysis (XRF) and neutron activation analysis (NAA). These are
underpinned by different physical processes, nuclear and atomic, where a sample is
irradiated by neutrons or x-rays, respectively. More recently, laser ablation has been
added to various instruments. These methods and some others are described here.

X-ray Fluorescence Spectrometry All XRF techniques are based on the irradiation
of solid material by an x-ray source. This triggers the photoelectric fluorescence of
secondary x-rays with energies characteristic of the elements present in the sample.
Signal processing by the XRF system converts count rates into element concentra-
tions. The x-ray count rate is primarily controlled by element concentration, exci-
tation and detector efficiency and instrument geometry, but must be corrected for
x-ray absorption by the material. XRF systems deliver x-rays either from an isotope
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source or x-ray tube source and may also differ in their method of x-ray detec-
tion. Wavelength dispersive instruments (XRF-WD) are more precise, but more
time consuming, while energy-dispersive instruments (XRF-ED) are more rapid
but commonly have lower detection limits, and for some elements yield less precise
results.

For a number of elements the detection limits of XRF techniques are poor rela-
tive to the various solution analysis techniques described below. For two widely
studied pollutant metals, Hg and Cd, only exceptionally polluted soils and sediment
are measurable by XRF (Boyle 2001b). However, for most palaeolimnological ap-
plications, observed concentrations vastly exceed XRF detection limits, especially
for many mining-related elements (e.g. As, Ba, Cr, Cu, Fe, Mn, Ni, Pb, Zn) ele-
ments. Recent advances in XRF technology, particularly the use of polarised x-ray
sources, are greatly improving detection limits.

Traditional XRF equipment has been designed for use in laboratories, being
large in size with helium or other coolant gases required. More recently, field por-
table XRF guns (e.g. Thermo-Niton, Olympus Delta, and Bruker) have come into
common use. They generally have poorer detection limits than bench top instru-
ments, but nevertheless offer high-precision and good accuracy. These offer the
advantages of rapid data acquisition in the field or laboratory, either on split cores or
sub-samples in bags. Beneficial implications for field expeditions include identify-
ing preferred locations for extraction of master core(s) based on immediate, on-site
geochemical assessment.

Scanning XRF The development of X-ray fluorescence core scanning in the last
decades is proving a valuable addition to palaeolimnological research (as well as in
marine or other sedimentary settings). These technologies offer rapid, non-destruc-
tive acquisition of geochemical data on wet sediment cores at resolution down to
sub-millimetre scale (Croudace et al. 2006; Richter et al. 2000).

Two main types of core scanner are regularly used. The Geotek Multi-core log-
ger measures elemental concentrations directly using an Olympus Delta portable
XRF gun mounted on a mechanised arm that tracks along the core. This applies
XRF measurements and returns total concentrations after applying a series of al-
gorithms to convert count rate into total concentrations. This instrument has low
resolution (~5 mm). A critical assessment of instrument accuracy and calculation of
dry mass concentration values is presented by Boyle et al. (2014).

The ITRAX (Croudace et al. 2006) and Avaatek (Richter et al. 2006) systems
operate differently, using a fixed dedicated Energy-Dispersive XRF (using a Mo or
Cr x-ray tube) under which the sediment core is passed. This configuration has the
disadvantage that the instrument occupies a space twice the length of the core track.
Compared with the Geotek system, these systems have the additional disadvantage
of reporting only x-ray count rates rather than element concentrations. Conversely,
the exceptionally high analytical resolution (~200 pm) and measurement speed are
great advantages.

Despite the recent substantial volume of research using XRF core scanning, po-
tentially significant measurement uncertainties have been highlighted only recently.
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Hennekam and de Lange (2012) identified problems which may cause unpredict-
able deviations in measurements, including the heterogeneous nature of the wet sed-
iments, grain size variability, uneven core surface, interstitial water content, and the
formation of a water film between the sediment surface and covering polypropylene
film. The x-ray tubes can also change with age, meaning measurements performed
with significant time gaps should not be compared directly (Loéwemark et al. 2011).

Sediment water content can negatively impact measurement reliability in two
ways: water dilution reduces the element mass concentration, reducing the inten-
sity and thus sensitivity of the x-ray signal (Hennekam and de Lange 2012); and
variable water content causes variation in element concentration that is indistin-
guishable from changing dry mass concentration. Some potential solutions have
recently appeared, focusing on accounting for variable water content and verifying
effective x-ray operation. Normalising the raw data to the ratio between incoher-
ent and coherent backscatter to account for changes in water content along a core
appears sufficiently rapid to offer a practical solution (Kylander et al. 2011; Boyle
et al. 2014). Using elemental ratios can be an effective solution. However, a good
understanding of the chemical properties being analysed is crucial to ensure signal
is not lost and that the ratios reflect true values (Lowemark et al. 2011; Hennekam
and de Lange 2012).

The undesirable absorption of secondary x-rays by water predominantly influ-
ences weaker energies (Tjallingii et al. 2007) and therefore poses a greater problem
to the precision of measuring elements with a lower atomic number. The heavier
elements associated with industrial effluent are likely to be less affected by this
source of error (Hennekam and de Lange 2012).

Laser Ablation ICP Mass Spectrometry (LA-ICP-MS) Detailed discussion of ICP
procedures is contained in the following section (analysis of solutions). The recent
development of laser ablation (LA) techniques has enabled solid, powdered samples
to be analysed by ICP-MS for a number of major elements, the trace metals Ba, Cr,
Cu, Zn, and As (Shaheen and Fryer 2011), and Pb isotopes (Sheppard et al. 2009).
This technique shows great promise for minimising the complications inherent to
ICP analyses of extracted solutions introduced by pre-treatment, sample handling
and spectral interference (Shaheen et al. 2012). LA-ICP-MS enables sub-millimetre
resolution analyses, although, where water content is high or the core surface has
been disturbed, effective laser profiling may be more problematic.

A number of methods have been proposed for creating an effective flat surface
for scanning by the laser system. Powdered samples can be compressed into small
disc-shaped briquettes using a styrene-wax binder (Sheppard et al. 2009). Rauch
et al. (2006) proposed using thin-sections sub-sampled 1.5 cm below the surface
of frozen sediment cores and dried at low temperature (40 °C) to ensure sediment
structure is maintained. Alternatively, dried sediment can be directly impregnated
with epoxy resin (Shaheen and Fryer 2011). The LA system operates by placing
samples in a sealed cell through which a stream of Ar gas is pumped. A narrow laser
beam (50-100 um) is focused on the sediment surface and moves incrementally
(5-10 pm) causing ablation along a linear transect. These ablated particles are car-
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ried under Ar flow to the plasma torch for analysis by ICP-MS. Usefully, instrumen-
tal setup parameters are published by Rauch et al. (2006) and Shaheen and Fryer
(2011) for their particular systems and enabling a degree of inter-laboratory data
comparison.

Direct Mercury Analyser This equipment offers a simple method for determining
total Hg concentrations from solid material with no pre-treatment required. Quoted
measurement precision is 1 ng g~!. The instrument performs all necessary proce-
dures including drying and oxidation of the original sample, reduction of elemental
Hg and the measurement of the resultant total Hg in vapour (Couillard et al. 2008).

Instrumental Neutron Activation Analysis (INAA) Different procedures and system
setups exist which irradiate samples by neutrons adjacent to a nuclear core, ini-
tially forming highly-excited nuclei before subsequent gamma ray emission upon
de-excitation. Decay energies of the gamma emissions are a function of elemental
composition, enabling elemental speciation and concentrations to be measured (Li
et al. 2012). INAA is useful as both short-lived and long-lived isotopes, including
many trace elements and heavy metals, can be measured with high degrees of preci-
sion by exposing samples to differing irradiation time intervals (from a few seconds
to 30 days). Li et al. (2012) noted that Cu and Pb were below detection limits on
their system.

Measurement uncertainties associated with neutron flux mean this method is
not in common use (Negi et al. 1997). However, a number of recent papers have
successfully used NAA to measure concentrations of heavy metals in sediments
(Matsapaeva et al. 2010; Waheed et al. 2010; Li et al. 2012).

Thermogravimetry Analysis (TGA) Thermal analysis, in which solid sediment sam-
ples are heated at a controlled rate (5-20°C/min) across a specified temperature
range (usually 30-950 °C) under an oxygen or nitrogen atmosphere, has been dem-
onstrated to contain signals of heavy metal pollution in marine sediments (Rodri-
guez-Barroso et al. 2008; Rodriguez-Barroso et al. 2010). Provided geochemical
data obtained using a secondary technique is available for correlation purposes,
applying their procedures to lake sediments offers an automated and low-cost
methodology.

Analysis of Solutions

Atomic Absorption Spectroscopy (AAS) Measuring the absorption of light at a spe-
cific wavelength by an atomised sample preparation is the basis for AAS, each
element having a small number of narrow absorption bands that are linearly related
to concentration (Boyle 2001b). The method is relatively free from spectral inter-
ferences, and calibration is linear over a wide concentration range. However, each
element must be measured separately, reducing sample throughput rate.

The atomization of a sample can be achieved in two ways. In flame atomic ab-
sorption spectrometry (FAAS) the solution containing the target element is aspi-
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rated into a flame, while in electrothermal atomic absorption (EAAS) an aliquot of
the sample is injected into a graphite tube, which is briefly heated by a high-current
electric supply. In general, EAAS delivers lower detection limits but is prone to
greater matrix interference than FAAS and significant technological advances in
FAAS now enable a number of trace metal elements to be measured more effec-
tively. For example, using a flow injection or sequential injection method enables
ultra-trace concentrations of heavy metals to be determined (Zhang and Adeloju
2008). Furthermore, the cold-vapour AAS technique enables very low concentra-
tions of Hg in the parts-per-billion range to be determined.

Cold-Vapour Atomic Fluorescence Spectrometry (CVAFS) Coupling the cold-
vapour principle with atomic fluorescence spectrometry, which involves exciting
electrons using a beam of ultraviolet light, is particularly effective for measuring
trace amounts of mercury (Ma et al. 2013). Most studies use EPA method 1631,
initially involving oxidation by bromine monochloride (BrCl) and subsequent two-
step reduction procedure using hydroxylamine hydrochloride (NH,OH.HCI) and
stannous chloride (SnCl,) prior to collection of the Hg vapours in a gold trap. An
experimental setup to achieve picogram detection levels is described by Bloom and
Fitzgerald (1988). A comprehensive review of different techniques for the specia-
tion and measurement of Hg in environmental samples is provided by Leermakers
et al. (2005).

Inductively Coupled Plasma Atomic Emission Spectrometry (ICP-AES) Subjecting
atoms to thermal excitation causes radiation lines to be emitted at particular wave-
lengths according to the elemental composition of the solution. The wavelength
intensity should be proportional to concentration of each element within the sample.
The integration of ICP and AES systems promotes greater emissions than tradi-
tional AES and hence is capable of measuring a wide range of elements simultane-
ously at detection levels reaching parts-per-billion. A similar digestion procedure is
usually employed involving sequential HCIO,-HF-HCI treatment (Couillard et al.
2004), though HNO, extracts are also widely used. The high number of emission
lines from multiple elements (i.e., spectral interference) presents a significant chal-
lenge to robust interpretation of highly heterogeneous materials like lake sediments.
In addition, high operating costs limits the number of samples that can feasibly be
run. This is particularly problematic if the spatial distribution of mining pollution
across a lake is being assessed using many sediment cores.

Inductively Coupled Plasma Mass Spectrometry (ICP-MS) The accuracy and detec-
tion limits of these techniques are superior, in general, to both ICP-AES and AAS
methods. ICP which uses high-temperature plasma to atomize samples for analysis
by mass spectrometry is coupled with mass spectrometry (Boyle 2001b). However,
the high equipment cost and greater sample handling for sediment samples are dis-
advantageous when compared to AAS and XRF.

Sample preparation prior to ICP-MS usually follows USEPA Method 3501,
which involves leaching the sediment via microwave-assisted HNO, digestion to
liberate adsorbed and other loosely bound elements, and to digest sulphides, car-
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bonates, and some clays while avoiding the dissolution of primary silicates (Parvi-
ainen et al. 2012). Conducting sample preparation in the sealed microwave environ-
ment minimises vaporisation of certain pollutant elements which are highly volatile
at temperatures <60 °C (As, Hg, Cr).

Isotopic Determination (Hg and Pb)

Using a multi-collector ICP-MS permits isotopes of pollutant elements including
mercury (?Hg, 2°Hg, 2°'Hg or 2>Hg) and lead (***Pb, 2°°Pb, 2°’Pb and 2°*Pb) to be
determined (Garcon et al. 2012; Ma et al. 2013). Analyses of isotopic composition
are a powerful tool for detecting provenance of pollution fluxes (Farmer et al. 1996;
Renberg et al. 2001). Komarek et al. (2008) provide a detailed overview of Pb iso-
tope analyses on environmental samples.

Solution preparation for Pb isotopes also involves digestion using HF, HCIO,
and HNO, before Pb is isolated using an anion exchange technique involving HCI
and phosphoric acid (H,PO,) following Manhes et al. (1984).

Quality Control

All instruments must be calibrated, samples must be prepared (though minimally
in the case of XRF), and commonly quite elaborate signal processing is required
to correct for matrix effects and inter-element interferences. How sure can we be
that all of this is being performed correctly? A full treatment of quality control
procedures is beyond the scope of this chapter; each instrument and manufacturer
generally has comprehensive guidance. However, the role of blanks and certified
reference materials is critical.

Analytical Blanks Perhaps counter intuitively, an instrument is unlikely to yield a
zero signal for an element that is effectively at zero concentration. Spectral back-
ground and inter-element interferences lead to a measurable signal even in the
absence of the element of interest. Therefore, to prove that an observed signal does
indeed indicate the detectable presence of an element it is essential that analytical
blanks have been correctly prepared and measured as unknowns. These must have
the same matrix as the samples being measured; generally this means treating an
aliquot of nothing (empty crucible, for example) identically to the samples, with
the same reagent additions and treatments. Measuring such a blank as if it were an
unknown sample serves to assess simultaneously both instrument calibration and
any introduced contamination (from reagents or environment). Measuring a suite
of such analytical blanks provides a statistical characterisation of the zero measure-
ment, and is essential for calculation of the true detection limit.

Analytical blanks are problematic for solid sample methods, such as XRF, for
two reasons. First, it is practically impossible to create a solid material whose ma-
trix is similar to lake sediment but which contains none of a particular metal—even
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spectrographically pure reagents contain trace contamination. Second, the matrix
(major components such as quartz, organic matter, etc.) of lake sediment is highly
variable; thus a large number of analytical blanks would be needed to cover all
possibilities. Generally the best option is to seek Certified Reference Materials (see
below) that have low concentration of specific elements and a range of matrices,
from which the zero condition can be reliably approximated.

Certified Reference Materials (CRMs) Many organisations exist that manufac-
ture large batches of homogenised sediment that have been analysed for specified
elements by multiple laboratories using multiple methods. Statistical analysis of
the suite of values obtained this way is used to generate certified values (mean-
ing the most probable value) for element concentrations. These materials provide
the corner stone of reliable sediment analysis. Small subsamples of CRMs must
be included with each batch of unknowns, and treated identically. The readings
obtained can then be compared with the certified values, and any problems can be
identified and addressed. The choice of CRM, and the number of different ones to
include, will depend on the purpose of the analysis. Ideally, the matrix of the CRM
should be similar to the unknown. This is problematic for highly organic sediments,
particularly for mineral-poor peats as only a single peat CRM is available (Yafa
et al. 2004). Various plant tissue CRMs provide a partial solution, but these are
mineral-poor compared with typical highly organic lake sediments.

Approaches to Calculation

Accurate and precise measurement of heavy metal concentrations in lake sediment
is a prerequisite to reliable interpretation. However, it is not enough. Heavy metals
are present in unpolluted sediments, and may naturally show stratigraphic variation.
How certain are we that any metal enrichment derives from pollution? A series of
procedures have been developed to address this question; these are reviewed here
starting with the methods used in the earliest studies.

Raw Concentrations

The earliest studies to use lake sediment records to infer recent changes in heavy
metal pollution explored variations in the concentrations of Hg and Pb (Thomas
1972; Aston et al. 1973; Kemp and Thomas 1976). Their interpretations are based
on the trends and timing of concentration changes, allowing them to infer an in-
creasing pollution load. This simple approach succeeded because the signal was
strong; Hg and Pb have very low natural concentrations at the studied sites, so a
pollution contribution added substantially to the total, leaving a clear signal. In
cases where these conditions are met, this simple approach is still applicable and
widely used. Hammarlund et al. (2008), for example, applied this approach in Swe-
den at a location where the pollution signal is strong. This situation is illustrated
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Fig. 3 a 2500 years of Pb concentration variation at Lilla Oresjon, Sweden, shows a series of
abrupt increases. These are far in excess of any passive tracers (only Zr shown). b At Er Hai
(Dearing et al. 2008) Cu concentrations also increase steadily. However, V, which is supplied via
erosion of basaltic soils, closely follows the Cu increase except for two episodes of elevated Cu
concentration which are considered to reflect Cu mining

in Fig. 3a for the Pb sediment concentration record at Lilla Oresjén (John Boyle
and Richard Chiverrell, unpublished data). However, where pollution signals are
weak, or in the case of elements that have strong natural components, separating
the natural component from any pollutant contribution is more difficult. Mackereth
(1966) demonstrated that Cu, Ni and Zn displayed strong systematic concentration
changes through the Holocene; and while he did not investigate modern pollution,
it is clear that the patterns he revealed must be allowed for if pollution is to be
identified. This situation is illustrated in Fig. 3b for Cu in Er Hai, Yunnan Province,
China. The Cu concentration rises strongly over the last 3000 years; however, most
of this rise can be attributed to changing patterns of soil erosion (erosion of basaltic
soils rich in magnetite), as is shown by the V concentration signal. Only at a limited
number of time intervals does Cu vary independently of V, evidencing episodes of
Cu pollution.

Ratio to Passive Tracer

On the basis that lithogenic element fluxes should remain constant during pollu-
tion, expressing heavy metal concentrations as ratios to a lithogenic tracer element
should correct for any changes in concentration arising from mutual dilution effects
(by, for example, organic matter). Thus, Bruland et al. (1974), interpreting sediment
heavy metal records from near-shore marine sediments in California, use ratios to



140 J. Boyle et al.

Al concentration to support their case for enhanced pollution (using Al, assumed to
have a uniform flux to the sediment, to correct for the effect of high and variable
natural supply of CaCO, and organic matter). Kemp and Thomas (1976) develop
this approach for their Great Lake records, applying a normalisation that retained
the original concentration units. Norton and Kahl (1987) formalised this approach,
using Eq. 1,

M =M total ,bg ﬁ
bg

a,x total, x —

M

where M = a heavy metal, T = passive tracer element, suffix a = anthropogenic, x is
any depth, bg = background (usually, basal sediment values).

They also switch from Al to Ti as the passive tracer. Does this matter? Indeed,
is either one of these elements suitable for this purpose? Renberg (1986) showed
for sites in Sweden that loss on ignition (LOI, a proxy for organic matter concen-
tration) provided a better tracer than any of the lithogenic elements. Ochsenbein
et al. (1983) showed that for Bleham Tarn (English Lake District) natural Cu varia-
tion was controlled by the mineral chlorite, such that Mg made a good passive
tracer for it. At Er Hai, Yunnan, as described above (Fig. 3b), V is an excellent
passive tracer for natural Cu owing to the enrichment of both in catchment-derived
primary magnetite (Dearing et al. 2008). Such strong associations, however, are
rare. Boes et al. (2011) compared Ti, Zr, Rb and Al as passive tracers in Swedish
lakes. They find substantial differences between these and recommend using all
four to inform a critical interpretation. How can this diversity be reconciled? The
element concentrations shown in Table 2 help explain why different passive tracers
are needed for different heavy metals, and that the choice of tracer must vary with
parent material composition. Combining the information in Table 2 with the data
in Fig. 1 (Krdkenes, Norway) is still more informative; choice of passive tracer
must take particle size into account. Most heavy metals, even under natural condi-
tions, are strongly enriched in the finest particle size fractions. At Krékenes Lake,
most possible passive tracers fail to match the size-composition properties of the
heavy metals; only Rb is at all suitable. Zr, enriched in the silt fraction, is wholly
unsuitable, and would only yield accurate results if there are no changes in particle
size associated with recent human impacts. Rb, Ti, and Al are enriched in the fine
sediment, though not so strongly as the heavy metals, but they are also enriched in
the coarse sediment. If sediment particle size and chemistry are unrelated, all three
could make usable tracers. Such issues are of great practical importance. Boyle
et al. (2004) recorded large stratigraphic variations in heavy metals concentrations
in six cores from Svalbard, but ruled out natural causes for these at only one site,
and only for Pb. The literature is full of examples where a less cautious approach
has led to potentially erroneous (unsafe) inference of human impacts.

A useful empirical approach for the numerical optimisation of passive tracer
methods is given by Hilton et al. (1985). While this improves the precision of the
method, and tests its numerical validity, it does not avoid the conceptual pitfalls
described above.
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In conclusion, the passive tracer approach constitutes a valuable empirical ap-
proximation but one that should be approached cautiously and critically. The infor-
mation discussed above provides a framework for identifying likely passive tracers,
but this is no substitute for critically testing the suitability of any candidates. That
said, the method has wide effective application, as illustrated by a number of recent
case studies, each using different passive tracers. Thus, Ahmed et al. (2005) (Dhaka
City, Bangladesh) normalise their concentration to Fe, von Gunten et al. (2009)
(Chile) normalise to Rb and Zr, and Krom et al. (2009), studying pollution signals
in Sea Lochs, normalised Pb and Zn to Al.

Enrichment Factors

Enrichment factors may be problematic and should be approached with caution.
Numerically, they are essentially the same as the passive tracer ratio methods de-
scribed in the preceding section. The reality is that no matter the extent to which a
statistical analysis demonstrates that one part of a sediment sequence has a greater
metal quotient than another part, this does not demonstrate that enrichment has
occurred. Nevertheless, these methods are so widely used that a brief review is
necessary.

Various enrichment factors have been proposed, each intended to show whether
or not sediments have been enriched in a specific element due to pollution. The
approaches fall into two general classes depending on the nature of the benchmark
against which enrichment is judged, this being either local or global.

The Anthropogenic Factor (AF) of Szefer and Skwarzec (1988) is directly analo-
gous to the normalisation procedure of Kemp and Thomas (1976), Eq. 2:

_ Cs,M /CS,ZV (2)
Cd,M /Cd,Zr

where C = concentration, suffix s refers to surface sediment (0—5 cm, quasi modern)
and suffix d to deeper sediment (below 15 cm, pre-industrial revolution). M is the
metal under investigation, and Zr is the normalisation element.

This approach is classified as local (perhaps even intra-core) because the bench-
mark is older sediment from the same location. Note also that this differs from the
method of Kemp and Thomas (1976) only in its genetic nomenclature. The alterna-
tive is to normalize against a global reference material, commonly the Wedepohl
(1995) estimate of average crustal rock. Thus the Enrichment Factor (EF) of Sinex
and Helz (1981) uses the same formulation as for AF, but with D referring to crustal
average values rather than deep sediment. Other methods normalise to crustal av-
erage values but avoid additional normalisation to passive tracer elements. One
influential implementation of this is the Geoaccumulation index of (Miiller 1979).
This is based on the logarithm of the element concentration (c) normalised to global
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Fig. 4 Enrichment factors by particle size fraction relative to mean concentrations (data from
Krékenes, unpublished data and Boyle et al. (2013). These are calculated according to Eq. 2, sub-
stituting size fraction for depth (s) and mean concentration for the deep sample (d). This serves to
show the potential for particle size sorting to lead to changes in enrichment factor values

shale concentration (B), adjusted slightly to allow for uncertainty in natural concen-
trations (Eq. 3). Such methods are assessed by Das et al. (2008),

C
]Genaccumulatinn = lng (1 SBJ (3)

Both of these approaches are in widespread use, though the terms used vary sub-
stantially. Thus the EF of Camarero et al. (2009) is identical to the AF of Szefer and
Skwarzec (1988), though with Ti as a normalising factor rather than Zr. Both are
locally referenced. Local reference methods are useful where element concentra-
tion varies due to changing dilution by biogenic or authigenic sediment. However,
there are two issues that weaken this approach. First, just as in the case of ratios to
passive tracers, EF normalisation only corrects for natural fluctuations if there is
no change in the sediment particle size characteristics. The magnitude of this ef-
fect is illustrated for the Krékenes particle size fraction data (see Fig. 2), converted
to enrichment factors relative to the mean concentrations (Fig. 4). Across the four
normalising elements (Al, Ti, Rb and Zr), the apparent EF values range from 0.3
to 5.1 for Cu and from 0.4 to 3.3 for Pb. Given the pervasive character of most hu-
man impacts on catchments, changes in sediment particle size must occur often.
Second, the term Enrichment Factor conveys a causal mechanism which cannot be
readily tested. If its magnitude is significantly higher in the surface sediment, then
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Fig. 5 Combining Pb concentration data with Pb isotope values greatly increases confidence in
interpretations (Data from Renberg et al. 2002). The small Roman enrichment at Koltjédrn (North-
ern Sweden) would be difficult to detect in the total Pb concentration without the corresponding
excursion in isotopic ratios (which have been used to correct total Pb for the natural contribution)

the pattern is consistent with enrichment. However, there is no way of rejecting the
alternative explanation, that the normalising element is depleted in the surface sedi-
ment while the metal flux remains constant (Fig. 5).

Globally referenced enrichment factors suffer because local compositions are
generally very different from the global average, due to very great natural local
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heterogeneity. Tapia et al. (2012), for example, demonstrated that average crustal
concentrations are of no use in assessing heavy metal enrichments in the miner-
alised regions of Bolivia.

Enrichment factors, whether locally or globally referenced must always be treat-
ed cautiously. A high or low EF tells us no more about local pollution than about
local bedrock characteristics. If weathering does indeed also come into play, as sug-
gested by Das et al. (2008), then the EF values depend on even more unknowns and
unrelated properties and must be interpreted only with the very greatest of caution.
To illustrate this point one need only look at the widely varying preindustrial sedi-
ment concentrations seen for Cu, Ni and Zn in Arctic Canada (Wolfe and Hartling
1997), the English Lake District (Mackereth 1966), the Alps (Koinig et al. 2003)
and in Er Hai, Yunnan Province, China (Fig. 3b), and for Hg in Greenland (Linde-
berg et al. 2006). All of these would be revealed as pollution according to any of the
published EF schemes, and yet are of wholly natural origin.

Fluxes and Mass Balance

The methods described above are wholly empirical, and referenced to local bench-
marks that smooth out geographical factors, or to global benchmarks that are gener-
ally a poor guide to actual catchment materials. This means that there is no theoreti-
cal framework by which to interpret the results, and no interpretation can be judged
more reasonable than any other as there is no mechanism for assessing reasonable-
ness. An alternative approach is to apply a mass balance method which provides
externally referenced estimates of an expected result. Thus Gallagher et al. (2004),
studying six lakes from British Columbia, used not just concentrations but mass
fluxes to assess plausible sources. With quantitative estimates of fluxes, though they
cannot rule out natural change, they can at least compare observed with expected
pollutant loading, allowing plausibility to be established. Conversely, Boyle et al.
(2004) in failing to observe any clear anthropogenic heavy metals signal in five of
size cores in Svalbard are able to show that the likely anthropogenic atmospheric
fluxes are too weak to be detected. Curiously, this powerful approach, put to great
effect by Garrels and Mackenzie (1971) in application to global fluxes, has been
little used in the analysis of sediment heavy metal records. Two exceptions to this
are with the increasing use of Pb isotopes, discussed below, and some mass balance
modelling of lake sediment heavy metal fluxes (Boyle et al. 1998; Boyle and Birks
1999; Rippey 2010). A powerful argument in favour of this approach has been pre-
sented recently by Engstrom and Rose (2013).

Normalisation to 2!°Pb

Quantitative treatment of heavy metal fluxes in lake sediment raises the problem of
interpreting sediment accumulation rates. A measured sediment mass accumulation
rate for a single core partially reflects the average lake-wide sedimentation flux, and
partly local factors that result in sediment focussing. In general, it is the lake-wide
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flux that is needed (to assess pollution loading, for example), so any focussing ef-
fects must be quantified and corrected. Various predictive models have been devel-
oped over the years (Hékanson 1977, 1981; Rowan et al. 1992; Hékanson 2003),
but while the general trends are well known, prediction of focussing at specific
coring location remains highly uncertain (Terasmaa 2011). The alternative is to use
219Pb inventories as a direct measure of focusing (Rowan et al. 1995a), improving
estimation of lake-wide sediment fluxes from single cores. While not as good as
using multiple cores, 5-10 cores being recommended (Rowan et al. 1995b) sensible
values can be obtained with single cores, as was shown by Krom et al. (2009) in
Scottish sea lochs in their assessment Zn and Pb pollution.

Isotopic Signature and Mixing Models

Studies in which heavy metal isotopes are used in conjunction with their concentra-
tion values (e.g., Fig. 6) show far greater interpretational value than either alone
(Brénnvall et al. 1997, 2001, Renberg et al. 2002). The more recent application of
binary mixing models to these data are proving very powerful (Brugam et al. 2012)
as a tool in source quantification.

The long established Pb isotopes method has more recently been added to by
isotopic studies of both Cu and Zn (Thapalia et al. 2010), showing similar power for
discrimination of heavy metals sources.

Part II: Applications

Lake sediment records of heavy metals have been used for nearly 50 years (Thomas
1972), and have been applied to an extraordinarily wide range of environmental
questions. The topics listed here represent the breadth and depth of this work.

Chronological Markers for Other Research

Where pollution histories are well known, either from extensive palacoenviron-
mental research or from documentary records, the stratigraphy of heavy metals in
lake sediments can provide a method for establishing, or contributing to the estab-
lishment of, sediment chronologies. Indeed, many studies use sediment records of
heavy metal pollution solely to obtain chronological information, typically relying
on mining/industrial production data to secure the chronology. Such an approach
may be regional in scope, as with the exemplary nation-wide investigation of Pb
concentration and isotopic character in Sweden (Renberg et al. 1994; Brénnvall
et al. 2001), leading to concepts that are applicable at least as far away as Britain
(Eades et al. 2002; Yang et al. 2002; Oldfield et al. 2003). Or it may be local in char-
acter, exploiting the known history of specific mines or industries. This latter may
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take the form of chronological links between single elements and specific events in
the mining record (Dearing 1992; Grayson and Plater, 2009), or may include mul-
tiple elements and multiple phases of mining as illustrated in Fig. 7 for Lake Ver-
kasjon, Sweden. Backstrom et al. (2006), by relating different elements to stages in
the industrial development of the Saladn River catchment, are able to provide a far
more robust chronology for Verkasjon than would be possible for a single metal or
phase of mining. In another example, where the main objective was to document the
impacts of mining and the subsequent recovery on mine closure, the Pb pollution re-
cord was used by Hammarlund et al. (2008) to improve their sediment chronology.
Once established, a metal pollutant history that is well constrained in time provides
an excellent means for chronologic correlation of cores in an individual lake basin.
These chronological markers can then underpin assessment of spatial patterns of
lake sediment accumulation. For example at Brotherswater (NW England) correla-
tion of 12 cores shows there are sharp reductions in sediment accumulation rate
with distance from the inflow delta (Schillereff, unpublished data).

Identifying and Quantifying Pre- and Post-mining Baseline States

Industrial activity has contaminated the terrestrial ecosystem to an extent that eco-
logical harm has occurred. Such contamination predates any attempt at environ-
mental monitoring. As governments have come to accept the need to restore soils,
rivers, and lakes to their pre-contamination state, the question has arisen of exactly
what this means. Palacoecology is well suited to this task, as amply demonstrated
in the cases of acidification (Battarbee et al. 1996, 2005) and eutrophication (Bat-
tarbee 1997; Bennion et al. 2004, 2011). More recently, several research groups
have started the task of characterising background environmental heavy metal con-
centrations. Catalan et al. (2013) review evidence for metal pollution (and other
substances) at lake sites across Europe and North America remote from local distur-
bance, stressing their role in providing benchmarks against which to evaluate cur-
rent trends. Bindler et al. (2011a) used lake sediment records of Cd, Cu, Hg, and Pb
to assess the meaning of the European Union’s Water Framework Directive “refer-
ence conditions”, and concluded that it is important to distinguish between “natural
background conditions” which are those existing prior to human disturbance, and
“reference conditions” which may constitute any well-defined point of comparison.
They show that far deeper levels in the sediment must be sought for Pb natural
conditions than is the case for Hg and Cd. Wei and Wen (2012) present a thorough
analysis of sediment from Dianchi and Taihu to determine baseline conditions for
central China. Tapia et al. (2012) do the same for a mineralised region of Bolivia.
This is a field of research needing further development; it offers the potential to go
beyond simple characterisation of “natural” or “reference” conditions, to assess-
ment of mechanisms that might help assess the feasibility of achieving specific
remediation targets. This is addressed in Sect. 2.4.

This generalising research builds on a longer history of identifying the dates and
environmental characteristics of pre-industrial conditions at specific sites. For ex-
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ample, Farmer et al. (1997) use lake sediment records of Cu, Pb and Zn to provide a
benchmark for the onset of renewed mining on the Scottish Highlands at Tyndrum.
Audry et al. (2004) show strong enrichment in Cd and Zn in three reservoirs of the
Lot River (southwest France) due to smelting and mining. They use their data to de-
termine pre-mining baseline Cd and Zn concentrations for the Lot-Garonne fluvial
system, using the Geoaccumulation Index (see Eq. 3) of (Miiller 1979) to classify
the state of metal pollution. Ahmed et al. (2005) assess pre-pollution conditions in
Dhaka City for Pb and Zn using two lake sediment records.

Lake Sediment Heavy Metal Records to Quantify Pollution
Loading Histories, or to Identify Pollution Sources

With due care in choice of lake site, coring location, number of cores, and indepen-
dent sediment chronologies, and with an informed approach to understanding natu-
ral heavy metal dynamics, lake sediments provide a uniquely high quality source
of historical information about heavy metal pollution. The earliest studies focussed
on known regional pollution hotspots, on metals known to be scarce in nature, and
aimed to establish the pollution history or demonstrate the importance of local fac-
tors within the broader story. The studies of Hg and Pb (Thomas 1972; Aston et al.
1973; Kemp and Thomas 1976) broadly fit this category. Such work continues, but
increasingly studies address specific local questions or the impact of long-trans-
ported heavy metal pollution at sites remote from industry. A particularly fruitful
area has been the establishment of reliable pollution records in areas of historic and
prehistoric mining or industry.

In Britain, Farmer et al. (1997) studied the historical Cu, Pb and Zn mining lega-
cy of the southern Scottish Highlands in Loch Tay, showing the link to metal mining
in the wider catchment. Eades et al. (2002) used both concentrations and isotopic
composition of Pb to extend this analysis more widely across Scotland, showing
stages in evolving contamination starting with coal burning before 1820, through
local mining and smelting during the nineteenth century, to international sources of
Pb for fuel later. Further south, the impact of nineteenth century Cu mining on the
composition of sediment in Coniston, English Lake District, was studied by Davi-
son et al. (1985). It was shown that Cu was transported in particulate sulphide form
in surface water, and dispersed quite efficiently throughout the lake, though most
concentrated near the source. Investigations at both Brotherswater (Schillereff, in
prep) and Bassenthwaite Lake (Chiverrell, Sear, Dearing, Warburton and Schil-
lereff, unpublished data) show a strong match between historical mining production
metrics (e.g. Tylmann 2005) and metal concentrations preserved in the lake sedi-
ment record. In the case of Bassenthwaite Lake this recorded successive phases of
Cu, Zn, Pb and Ba extraction. For lowland Britain, the magnitude of Pb and Zn pol-
lution from heavy industry was demonstrated by Foster and Charlesworth (1996).
This is illustrated for a small rural lake, Hatchmere (Cheshire, UK, Fig. 7), showing
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a suite of changes starting in the Bronze Age, but which are dominated by the legacy
of the Industrial Revolution that dwarfs even the impact of leaded fuel.

In Sweden, a number of large studies have investigated long and complex mining
histories. Ek and Renberg (2001) used a multi-lake study of the region around the
Falun copper mine in west-central Sweden, demonstrating acidification in the early
seventeenth century associated with a rapid expansion of the already ancient mine.
More than 300 years later, the region remains severely polluted. Later, Bindler et al.
(2009) used a large multi-lake study of an entire catchment draining this region
to show that water transport dominated the local signal for Cu, Zn, Pb and Hg. In
the same area, but looking at the whole Holocene, Hammarlund et al. (2008) used
the Fe, Pb and Zn sediment records to link to the Cu and Fe mining of region,
and to long transported Pb. Bindler et al. (2011b) focused more specifically on the
1000 year history of Swedish Fe working using lake sediments. The detailed study
at Lake Verkasjon, farther south in Sweden (Béckstrom et al. 2006), has been ad-
dressed above. Together, these studies build up an accurate record of the industrial
history and the environmental consequences for a large area of central Sweden.
Across the Baltic in Estonia, the legacy of oil shale mining and power generation in
terms of heavy metal fluxes was assessed by Punning et al. (1997), distinguishing
direct pollution effects and indirect disturbance of the hydrology.

In a rather different setting and with a far shorter pollution history, a suite of stud-
ies has investigated the legacy of heavy industry in North America. Sprenke et al.
(2000) provided a quantitative characterisation of late nineteenth and early twen-
tieth century heavy metal contamination in lateral lakes along the Coeur d’Alene
River, Idaho, a legacy of upstream mining. Further east, at St Louis, Missouri, Ver-
million et al. (2005) evaluated the impact of Pb smelting, active since the late eigh-
teenth century. Combining concentration data, Pb/Ti ratios and Pb isotopes, they
successfully demonstrate a progressive intensification of smelting impacts leading
to a peak around 1950s. Recycling of battery lead after 1950 then led to a distinc-
tive change in the isotopic signature demonstrating the power of the method for
source discrimination. Across the Great Lakes region Drevnick et al. (2012) showed
a pattern of variation in Hg accumulation reflecting both an interplay between local
point sources and atmospheric deposition, and document the impact of emission
reductions over the last few decades. Further south, in Colorado, Gray et al. (2005)
used sediment records of the late twentieth century to assess possible sources of Hg
contamination. They showed that coal burning is the most likely explanation. At
a larger spatial scale, detailed analysis of Cu and Hg in multiple short cores from
Lake Superior show the complex interplay or early mining and metal working, fol-
lowed by later long transported atmospheric pollution (Kerfoot et al. 1999; Kerfoot
et al. 2004). This work also revealed high natural baselines, as might be expected
for a region suitable for mining.

The preceding examples all depend on good chronological control for the sedi-
ment record in order to link to the documented environmental data. A subset of stud-
ies into sediment records of heavy metal impacts, though using sediment chronol-
ogy for other reasons, used the same sediment core to measure both the disturbance
(increased heavy metal contamination) and ecological response, thereby avoid the
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problem of synchronising records. For example, Kauppila (2006) assessed Ni load-
ings near smelters in western Finland to assess whether cessation of activity has
changes the loading, and whether this in turn reduced ecological stress. Salonen
et al. (20006) did this for diatoms and chrysophytes near a Cu mine in Finland. Ef-
fects of mine tailings from gold mining, including large qualities of Hg, were as-
sessed in Nova Scotia (Wong et al. 1999).

Many other such studies exist, far too numerous to list here, much less describe
and discuss. These range from regions in central Europe with long mining histories
such as (Tylmann (2005); Thevenon et al. (2011); Thevenon and Poté (2012), areas
with current rapid expansion of industrial activity (Rose et al. 2004), and polar
regions where long-transported pollution is surprisingly evident (Muir and Rose
2004). It is this field of geochemical palaecolimnology which has proved the most
successful, a consequence of its sound theoretical basis; its continuing application
seems certain.

Identifying Pollutant Pathways or Environmental Processes
Regulating Heavy Metals

The applications described in the preceding sections are essentially empirical in
purpose: studies designed to generate evidence needed to define system states and
test for change. However, these same, or similar, studies can be used to formulate,
parameterise or test process models describing the fluxes and fate of heavy metals
in soils, rivers, and lakes. The following studies illustrate this approach to assess
the migration of heavy metals through soil to watercourses. Shotbolt et al. (2006)
used reservoir sediment records of Pb and Zn to demonstrate delayed supply of Pb
to the lake from its catchment. The delayed delivery of Pb and Hg from catchments
to lakes was clearly shown for both long transported contamination of mountain
soils (Yang et al. 2002; Yang and Rose 2005) and localised Hg pollution associated
with the weaving industry in Diss, UK (Yang 2010). Data of this type have been
used to generate a conceptual model of transfer mechanisms for Pb and Hg (Rose
et al. 2012).

At the still longer time scale, Bindler et al. (2008) developed a conceptual model
of pollutant supply, storage, and fate in Sweden over the last 4 millennia. They
showed that even following current emissions reductions, atmospheric Pb fluxes
are still 2 to 3 orders of magnitude above the natural baseline, and that despite this
recent aggravation, more than half the total atmospheric loading in Sweden was
deposited prior to modern industrialisation. This allows them to provide robust es-
timates of recovery rates for catchment soils, finding the legacy of the last 150-500
years of deposition dominates topsoil inventories, greatly reducing the benefit of
recent regional emission reductions.

The above-described delay effect is still more striking in mining districts. For
example, Wong et al. (1999) found no decrease in the export of As, Hg, Pb to
lakes from gold mine tailings at the Goldenville, Nova Scotia, 50 years after min-
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ing ceased. At Bassenthwaite Lake and Brotherswater in the English Lake District,
present-day lake sediment Pb concentrations are 300-400 ppm, down from the 19®
century peak of 3000-4000 ppm, but still 10-15 times higher than the pre-mining
values (Chiverrell and Schillereff, unpublished data).

Concluding Statement

The assessment of heavy metal pollution is one of the most successful and widely
used applications of palaecolimnology. It holds this position owing to its sound theo-
retical basis, and straightforward procedures. Provided sediment mass accumula-
tion rates are well constrained and natural heavy metal fluxes can be reliably estab-
lished, then chemical palacolimnology provides accurate and reliable quantification
of environmental heavy metal fluxes.

Nevertheless, there is much potential for error. Natural variation in heavy metal
fluxes can be large relative to pollution fluxes. In such cases, reliable interpretation
of heavy metal concentration records requires a thorough understanding of natu-
ral processes. The various enrichment factor methods, all validly applicable under
suitable conditions, may readily lead to misinterpretations where their underlying
assumptions are invalid. This is particularly likely where there are changes in sedi-
ment particle size and thus particularly likely in recent sediments over the time
frames over which heavy metal contamination records are of interest.

It might be supposed that Pb-isotope approach would avoid this problem. How-
ever, this need not be the case. Pb-isotopes are fractionated between rock forming
minerals, and so are also subject to particle size sorting effects. It is preferable then
that particle size effects are properly investigated and correctly handled.

All existing methods for the interpretation of heavy metal pollution records in
lake sediment would be more reliable if appropriate mass balance modelling were
done in conjunction. This would serve to assess the geochemical plausibility of
any interpretations. This field of research is ripe for improvement, as there is both
wealth of good quality data and a well-developed theoretical basis for quantitative
modelling.

Isotopes procedures, though not without their methodological issues, have revo-
lutionised heavy metal sediment record interpretations by avoiding dilution effects
when assessing potential sources. Further development of these methods has great
potential for the future.
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Organic Pollutants in Sediment Core Archives

Jennifer B. Korosi, Wenhan Cheng and Jules M. Blais

Abstract Organic contaminant profiles in lake and marine sediment cores are
important for understanding the persistence of pollutants in aquatic ecosystems, as
well as for evaluating the success of emission restrictions and regulations. Several
different classes of organic contaminants can be reconstructed from cores. The
earliest studies measured PCBs, DDT, and polycyclic aromatic hydrocarbons, but
paleolimnological approaches are now common for a suite of organochlorines and
brominated flame retardants, as well as emerging studies on fluorinated persistent
organic pollutants and historical sewage indicators (fecal sterols). In order for the
history of organic contaminant inputs to be successfully reconstructed from sedi-
ment cores, the contaminant must have a high affinity for sedimentary particulates
and low water solubility, ensuring its rapid delivery and incorporation into the sedi-
ment record, and minimal porewater migration once it is deposited. In addition, the
compound must be resistant to microbial degradation and post-depositional trans-
formation, so that any changes in composition and abundance down-core may be
confidently attributed to changing contaminant inputs to the aquatic environment.
Using several independent lines of evidence, we review the reliability of sediment
cores as historical archives for organochlorines, brominated flame retardants, per-
fluoroalkyl substances, polycyclic aromatic hydrocarbons, and fecal sterols. The
objective of this chapter is to provide a framework for researchers to critically
evaluate the reliability of sediment cores for reflecting historical inputs of legacy
and emerging organic contaminants.
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Perfluorooctanoic acid (PFOA) - Perfluorocarboxylic acid (PFCA) - Polycyclic
aromatic hydrocarbons (PAHs) - Fecal sterols - Coprostanol

Introduction

Since the pioneering studies of the late 1970s (e.g. Hites et al. 1977; Miiller et al.
1977; Frank et al. 1979), there has been a rapid increase in the number of studies
utilizing organic contaminants preserved in lake sediment cores to reconstruct the
input history of chemical pollutants to lakes, rivers and coastal zones. Many per-
sistent organic pollutants of environmental concern are strongly hydrophobic, with
a high affinity for sorption onto organic matter and suspended particles through
which they eventually become incorporated into the sediments of aquatic ecosys-
tems. The ultimate distribution of organic contaminants in sediment cores is deter-
mined by a range of factors, including those that influence inter-media transport
to the sediments (e.g. sorption onto organic particles, tendency to revolatilize to
the air), and factors influencing their preservation over decades (e.g. resistance to
biodegradation). Site-specific factors such as sedimentation and resuspension rates,
organic matter content, and redox conditions at the sediment-water interface all in-
fluence the preservation of organic contaminants in a sediment core, as well as the
characteristics of the compound itself that determines its mobility in the porewater
and vulnerability to degradation. In general, chemical compounds that have low
water solubility, a high organic carbon—water partition coefficient (K ) and a long
half-life (years to decades) that are resistant to post-depositional transformation are
likely to be well preserved in the sediments, allowing trends in their historical de-
position to be reconstructed from sediment core chronologies.

Sediment cores have the potential to provide critical insights on the environmen-
tal fate of persistent organic pollutants, including whether recent production and
emission controls have been successful in reducing their environmental impacts.
Therefore, critical examinations of the reliability of sediment cores for reflecting
depositional histories of organic contaminants are essential for the success of this
approach. Some examples of methods that can be employed to evaluate the reliabil-
ity of sediment cores in elucidating depositional histories of organic contaminants
include: (1) comparisons of sedimentary profiles against known histories and/or
modeled chemical profiles; (2) mass balance analysis to compare recorded deposi-
tion rates against known historical fluxes to a water body; (3) comparisons with pro-
files of inorganic contaminants that have a similar emission history; (4) evaluation
against radioisotopic dating profiles, for example matching down-core trends in
organic contaminants with peaks in '*’Cs released during atmospheric nuclear arms
testing; and (5) examinations of compositional changes over depth to assess deg-
radation rates. Although the question of the reliability of sediment cores as con-
taminant archives is crucial, limited attempts have been made to systematically ex-
amine their preservation in lake sediments, and the ability of sediments to archive
anthropogenic contaminant deposition in the environment. Using the multiple lines
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of evidence outlined above, we critically examine the reliability of sediment cores
as archives for several legacy and emerging natural and anthropogenic organic
pollutants commonly measured in sediment cores, including chlorinated and bromi-
nated persistent organic pollutants (POPs), fluorinated POPs, polycyclic aromatic
hydrocarbons, and fecal sterols. We focus mainly on post-depositional processes,
and only briefly touch upon the processes that may alter organic contaminants
before their burial in the sediments.

Chlorinated Persistent Organic Pollutants

The anthropogenically-derived organochlorines are a diverse group of (mainly)
synthetic compounds produced as industrial chemicals, pesticides, or as unintended
byproducts of manufacturing. Many organochlorines have been identified as persis-
tent organic pollutants, including the original “dirty dozen” listed under the Stock-
holm Convention on Persistent Organic Pollutants in 2001. These compounds are
now either banned or regulated in many countries, resulting in well-defined histo-
ries of production (Fig. 1). For example, widespread market production of dichloro-
diphenyltrichloroethane (DDT) as an agricultural insecticide began in the 1940s af-
ter World War II (Hassall 1982), as a result of an improved global economy in many
industrialized countries and new scientific research into insecticides to improve
agricultural production for a rapidly expanding global population. It was banned in
the United States in 1972, followed by a worldwide ban in agricultural use under the
2001 Stockholm Convention on Persistent Organic Pollutants. Likewise, a technical
hexachlorocyclohexane (HCH) mixture became widely used in the 1940s and was
restricted in Canada and the USA around 1970, although the gamma HCH isomer
(an insecticide called lindane) was still used until a global ban took place in 2009
under the Stockholm Convention (Secretariat of the Stockholm Convention 2009).
The polychlorinated biphenyls (PCBs), which consist of 209 separate congeners
possessing anywhere from one to ten chlorines on its biphenyl ring (Fig. 2), were
first introduced as lubricants and insulators starting in the 1920s. They were pro-
duced extensively from 1930 until the mid-1970s, with peak production and usage
in the USA occurring in 1970 (Oliver et al. 1989), followed by a gradual decline
until its global ban in 2001 under the Stockholm Convention.

Chlorinated persistent organic pollutants are semi-volatile, and have the unique
character of exhibiting a global distribution and relatively uniform history of de-
position. They can be delivered to aquatic ecosystems in many ways, including
through effluent release (e.g. wastewater treatment plants), atmospheric deposition,
or run-off. High affinity for organic matter, strong hydrophobicity, long half-life,
and resistance to biodegradation is characteristic of the halogenated persistent or-
ganic pollutants, and leads to their accumulation in sediments. For example, the
half-life of DDT in lake sediments has been estimated at 14-21 years, while its
breakdown products DDE and DDD are also highly persistent with similar chemical
and physical properties (CCME 1999). As a result, most paleolimnological studies
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Fig. 1 Emission histories of PCBs, PBDEs, and APFO (a derivative of PFOA). Data sources are:
PCBs, Rapaport and Eisenreich (1988); PBDEs, Li et al. (2006); APFO, Prevedouras et al. (2006)
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phase out of deca BDE by end of 2013 (U.S. Environmental Protection Agency DecaBDE Phase-
out Initiative). (See: http://www.epa.gov/oppt/existingchemicals/pubs/actionplans/deccadbe.html)

on DDT will measure > DDT, the sum of DDT, DDD and DDE. Triclosan, an an-
timicrobial agent used in personal care products that has also been measured in
sediment cores (Cantwell et al. 2010), has an estimated half-life of 540 days, has
a log K (octanol-water partition coefficient) of 4.8, and a log K of 4.26 (Hal-
den and Paull 2005). For PCBs, water solubility and resistance to biodegradation
tends to be inversely related to the degree of chlorination (Borja et al. 2005). The
most commonly studied organochlorines in paleolimnological studies are PCBs and
>'DDT (e.g. Eisenrich et al. 1989; Santschi et al. 2001), but dioxins (e.g. Baker and
Hites 2000), dechloranes (e.g. Hoh et al. 2006), hexachlorocyclohexanes (HCH)
(e.g. Kim et al. 2007), polychlorinated naphthalenes (PCNs) (e.g. Helm et al. 2011),
and chlorinated paraffins (e.g. Iozza et al. 2008) are also frequently measured in
lake sediment cores. In contrast, other important organochlorines are not as readily
deposited in the sediment record. For example, kepone has higher water solubil-
ity relative to other organochlorines, and was not detected in the sediments of the
Laurentian Great Lakes (Yang et al. 2011). Similarly, lindane (y-HCH) was only
present in low concentrations in the sediments of the Great Lakes, and has a much
lower tendency to partition to the sediments than would be predicted based on its
K, (Oliver et al. 1989).
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Fig. 2 Examples of the chemical structures of some of the organic contaminants discussed in this
chapter

Well-defined histories of chemical production are advantageous for assessing
the reliability of sediment cores as archives of pollution, and temporal sediment-
based studies of DDT and PCBs provided some of the first evidence that sediment
cores could be used to reconstruct the history of organic contaminant deposition in
lakes (e.g. Frank et al. 1979). Numerous studies have shown excellent agreement
between the chronology of chemical deposits (e.g. PCBs, DDT, Mirex, dibenzo-
p-dioxins, and HCB) in dated sediment cores and the actual histories of chemical
usage globally (e.g. Bopp et al. 1982 and Van Metre et al. 1998 for northeastern
North America; Desmet et al. 2012 for Europe; Barra et al. 2001 for South America;
Kim et al. 2007 for Asia; Muir et al. 1995 for the Arctic) (Fig. 3). For example, in
Lake Thun, Switzerland, time trends for PCBs, PCNs, and DDT reconstructed from
sediment cores were consistent with modeled emissions (Bodgal et al. 2008). PCBs
reached peak concentrations in the 1960s, slightly later than the peak observed for
PCNs (PCN usage declined following widespread production of PCBs), and the
concentrations of PCBs and PCNs in sediment cores reflected the estimated pro-
duction ratio of 10:1 (Bogdal et al. 2008). DDT concentrations peaked in 1952,
10 years after their introduction to the market as an agricultural pesticide (Bodgal
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Fig. 3 A comparison of sedimentary chronologies for deca-BDEs, DDT, and PCBs in a sedi-
ment core from Lake Thun, Switzerland. Deca-BDE began to increase in the 1980-1990s and
continue to increase in the surface of the sediment core, as fully brominated DecaBDE is still
in use. PCBs reached maximum sedimentary concentrations in 1965, and showed large declines
post-1972 when regulatory measures for PCBs were enacted in Switzerland. A complete ban on
PCBs in Switzerland was put in place in 1986. The peak in DDT occurred in 1952, 10 years after
its introduction to the market, and concentrations declined after its use was prohibited in 1972.
(Data are from Bodgal et al. (2008))

et al. 2008). Decreases in sedimentary concentrations for PCBs, PCNs, and DDT
were observed following 1970 emission regulations (Bogdal et al. 2008) (Fig. 3).
In Kempenfeldt Bay (Lake Simcoe, Ontario, Canada), historical inputs of PCBs,
dibenzo-p-dioxins, and PCNSs increase from the 1930s to peak concentrations in the
1960s, consistent with emissions history as well as sediment cores from the nearby
Laurentian Great Lakes (Helm et al. 2011). Similar to Lake Thun, a slightly earlier
peak was observed for PCNs compared to PCBs (Helm et al. 2011). In White Rock
Lake (United States), PCBs were not detected prior to 1950, reached peak concen-
trations of 21 pg/kg in 1961, and decreased to 3 pg/kg in the surface interval (Van
Metre et al. 1997). Triclosan was measured in sediment cores from four urbanized
estuaries along the Atlantic Coast of the United States, and its initial appearance in
each core corresponded to the 1964 US patent issuance date for triclosan (Cantwell
et al. 2010). This was verified by the 1963 sediment '*’Cs fallout maxima, repre-
senting the height of atmospheric nuclear arms testing (Cantwell et al. 2010).
There are several examples where sediment core profiles for organochlorines
do not match historic usage patterns; however, these exceptions are often easily
attributed to local factors (e.g. pollutant sources, sedimentation processes), and do
not reflect poor preservation of organochlorines in sediment cores. For example,
the lack of distinct maxima for chlorinated organics can sometimes be attributed to
sediment mixing by comparison with radioisotopic dating profiles, corroborated by
a similar lack of a clearly defined '*’Cs peak (Oliver et al. 1989). In particular, it
is common to observe sedimentary profiles where peaks in organochlorines occur
much later than peaks in historic usage. For example, in an investigation of PCBs
in sediment cores from the Rhone River (France) downstream of the city of Lyon,
peak PCB concentrations occurred in the 1990s, much later than regulations on
PCBs enacted in the 1970s, while sediment cores taken upstream from Lyon and in
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an off-river, rural reference site showed PCB peaks in the 1970s and declines there-
after, as expected (Desmet et al. 2012). This suggests that industrial discharge from
the city of Lyon is still a significant source of PCBs to the Rhone River (Desmet
et al. 2012). In Lake Mead, a large reservoir in Nevada and Arizona, USA, DDT
persisted in sediment cores for more than a decade after restrictions on DDT use, as
a result of local sources of DDT from a manufacturing plant in Las Vegas (Rosen
and Van Metre 2010, see Rosen, this volume). In comparison, where there was no
local source of PCBs, PCB concentrations in the sediments peaked in the 1970s
when the ban was enacted (Rosen and Van Metre 2010). Similarly, Santschi et al.
(2001) recorded more dramatic decreases in PCBs compared to DDT after their
ban in the early 1970s, and inferred that heavy application of DDT to agricultural
crops in the lower Mississippi watershed prior to its ban still contribute diffuse
sources of DDT in the Mississippi River Delta. The appearance of PCBs in High
Arctic lake sediment cores was delayed by ~20 years compared to lower latitudes,
with concentrations continuing to increase into the 1990s, consistent with the global
fractionation model (Muir et al. 1996).

Collectively, the studies described above demonstrate that sediment cores can
reasonably archive organochlorine pollution in aquatic environments. However,
laboratory studies have also shown that, while these compounds are persistent, they
can undergo dechlorination in the environment (summarized in Borja et al. 2005),
potentially altering their composition down-core. In order to investigate the poten-
tial for dechlorination to occur following burial in the sediments, changes in chemi-
cal composition, for example PCB congener patterns, can be examined in surface
sediment samples and down-core profiles to compare with commercial mixtures.
For sediments, the most prevalent pathway of degradation occurs via anaerobic re-
ductive dechlorination by microbes. In sediments from Woods Pond, Massachusetts
(USA), mass balance analysis of PCB congeners demonstrated that the PCB conge-
ner distribution in the sediments most plausibly resulted from modest rates of de-
chlorination (mainly from the meta and para positions) of Aroclor 1260, which was
released through effluent into Woods Pond; however, the extent of dechlorination
was variable even for samples located close together (Bedard and May 1996). In
general, rates of PCB dechlorination are lower for anaerobic degradation pathways
compared to aerobic pathways, and degradation rates also increase as a function of
temperature. Therefore, the cool, anaerobic conditions present in lake sediments
should significantly reduce the rates of reductive dechlorination. In support of this,
PCB composition in Lake Ontario sediment cores were observed to shift from less
heavily chlorinated congeners to more heavily chlorinated ones downcore, which is
the opposite pattern you would expect if dechlorination was occurring (Oliver et al.
1989). Moreover, this shift occurred at the same time interval (corresponding to
different sediment core depths) in each core, suggesting that this shift is related to
a changing PCB source and not diagenetic processes (Oliver et al. 1989). Although
down-core degradation of organochlorines may be minimal, the PCB congener
signal in the sediments will likely differ somewhat from that of suspended particles
in the water column, which should be taken into account when using sediment cores
to reflect historical organochlorine inputs.
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In addition to legacy organochlorine contaminants such as PCBs and DDT, sedi-
ment cores continue to provide an important historical archive for many emerging
chlorinated persistent organic pollutants. For example, Dechlorane Plus (DP) and
other DP-like substances (e.g. Dec 602, 603, 604) have only recently been found
in the environment despite a long production history as flame retardants (Hoh et al.
2006; Sverko et al. 2011). DP and DP-like substances have been identified by the
European Commission as potential substitutes for polybrominated diphenyl ethers
(PBDESs), but their global distribution and environmental persistence makes them
potential candidates for evaluation under Annex D of the Stockholm Convention
on POPs (Sverko et al. 2011). To date, down-core sedimentary investigations of DP
and Dec 600s are limited to the North American Laurentian Great Lakes (Hoh et al.
2006; Shen et al. 2011; Sverko et al. 2010; Yang et al. 2011). In general, these stud-
ies tend to show maximum concentrations occurring in the 1980—1990s followed by
decreases, although trends in post-1990s declines differ somewhat between sites. In
a sediment core from Lake Ontario at the mouth of the Niagara River (the site of a
manufacturing facility), a dramatic post-1980 decrease in DP was observed, likely
related to the installation of an industrial wastewater treatment facility (Sverko et al.
2010). In sediment cores from Lake Superior where the main source is atmospheric
deposition, DP and Dec 602 are still increasing (Yang et al. 2011).

Chlorinated paraffins (CPs) are a group of chemicals that have been produced
since the 1930s, and still have widespread industrial applications. CPs were mea-
sured in a sediment core from Lake Thun (Switzerland) along with PCBs, and an
increase in CP concentrations was observed in the 1980s, with concentrations sta-
bilizing in recent decades (Iozza et al. 2008). There has also been a continuous in-
crease in chlorine content of CPs over the last 20 years, but it is unclear whether this
is indicative of down-core dechlorination or shifting industrial CP mixtures (lozza
et al. 2008). Sediment core studies on both legacy and emerging organochlorines
have greatly contributed to our understanding of their pathways and persistence
in the environment, and continue to provide critical information on the success of
emission restrictions and government regulations.

Brominated Flame Retardants

Brominated flame retardants (BFRs) are chemicals used in consumer products to
increase fire resistance, and have become a growing concern due to their expand-
ed production in response to stricter fire regulations, especially in recent decades.
As a result, production of flame retardants has increased dramatically in the last
three decades. Major sources of flame retardants include plastics, textiles, furniture,
clothing, and electronic devices. The brominated flame retardants are among the
most frequently used due to their low cost and ease of manufacture (Birnbaum and
Staskal 2004). Similar to the chlorinated aromatics produced earlier, the brominated
flame retardants are hydrophobic (log K generally 5-10), bioaccumulative, and
extremely resistant to degradation (Alcock et al. 1993). These chemicals may either
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be incorporated in a chemical polymer or mixed into a substance as a chemical addi-
tive. It is these additives that are most likely to leach from manufactured goods and
be released into soil, air, water, and ultimately sediment. Polybrominated diphenyl
ethers (PBDEs) (Fig. 2) became widely used in commercial and domestic products
since the 1980s, increasing from 40 kt/yr in 1990 to over 70 kt/yr by the late 1990s
(Wania and Dugani 2003). By the early 2000s, the penta PBDE formulation was
phased out of production, leaving the octa and deca formulations in continued use.
The result was a shift toward more brominated formulations of PBDEs after the ear-
ly 2000s, though the final phase out of deca-BDE in North America was expected
for the end of 2013 (US EPA 2013) (Figs. 1 and 3).

Similar to the chlorinated POPs described above, there is a rich scientific lit-
erature available that uses sediment cores to track the history of BFRs as environ-
mental pollutants, especially for the PBDEs. Also similar to the organochlorines,
time-trends of BFRs reconstructed from sediment cores are mostly consistent with
historical estimates of production and emissions (e.g. Bogdal et al. 2008; Helm
et al. 2011; Johannesson et al. 2008). Chen et al. (2007) compared PBDE-209 flux
to estuary sediment of the Pearl River Delta (PRD), the largest electronic and tele-
communication equipment manufacturing base in China, against the gross indus-
trial output of this industry in China. The doubling time of the telecommunications
industry in China from 1987 to 2005 was 2.3 years, corresponding almost precisely
with the doubling time of 2.6 years calculated for PBDE-209 in one of their sedi-
ment cores over the same time interval. A second core also exhibited a pronounced
increase in PBDE-209 over the same time interval, but with a slower doubling time
of 6.4 years, which the authors attributed to sediment resuspension at this location,
resulting in sediment dilution and a slower response to the increased chemical bur-
den by the industry. In the Clyde Estuary, U.K., PBDE-209 was the predominant
congener increasing in the uppermost 10 cm, consistent with studies of U.K. house
dust that was also dominated by PBDE-209 (Vane et al. 2010). In Lake Michigan
and Lake Erie (Laurentian Great Lakes, North America), PBDE concentrations in-
creased rapidly over the last 30 years (doubling times of 5-10 years), consistent
with increasing market demand (Zhu and Hites 2005). In contrast, the polybro-
minated biphenyls, particularly BB-153, increased rapidly during the 1970s and
peaked in the 1980s, approximately 5 years after the ban on BB-153 production and
use in the USA (Zhu and Hites 2005).

PBDESs are made up of 209 congeners that are vulnerable to debromination in
the environment, potentially influencing sediment core profiles. Many studies ana-
lyze changes in the ratios of deca-BDEs to all homologue groups to investigate the
potential for debromination down-core. In general, congener patterns of PBDEs in
sediment cores are stable over time, suggesting that in-situ debromination is mini-
mal (e.g. Johannesson et al. 2008; Kohler et al. 2008). Wei et al. (2012) observed
evidence of in-situ debromination for one water body in south-central Arkansas
(USA) that received direct inputs of wastewater treatment sludge, but not in five
additional, less impacted water bodies. In general, differences in PBDE congener
patterns between sediments and technical mixtures are likely related to degrada-
tion pathways that occur prior to the incorporation of these compounds into the
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sediments (e.g. photodegradation of PBDEs in dust; Kohler et al. 2008), and there-
fore have minimal influence on the interpretation of down-core PBDE trends, al-
though this bias should be considered when extrapolating sedimentary PBDE trends
to infer historical inputs of PBDEs to the waterbody.

In the future, sediment cores will continue to be useful for evaluating the success
of the recent phase-out of many brominated chemicals, and for evaluating whether
emerging BFRs introduced to replace compounds such as PBDEs are having an
environmental impact. For example, decabromodiphenylethane (DBDPE) was in-
troduced in the early 1990s, and its production is projected to increase significantly
following increased regulation and phasing out of PBDEs. Wu et al. (2012) ana-
lyzed DBDPE in sediment cores from three lakes in China, and first detected these
compounds between 1980 (a result which may indicate vertical mixing in the sedi-
ment core) and 1998, with concentrations of DBDPE steadily increasing towards
the surface of the cores, although DBDPE in the surface sediments is still lower
than Y PBDE. In 16 sediment cores from the Laurentian Great Lakes, emerging
BFRs (e.g. DBDPE, 1,2-bis(2,4,6 tribromophenoxy)-ethane (BTBPE), hexabromo-
cyclododecane (HBCD), 1,2-dibromo-4-(1,2-dibromoethyl)cyclohexane (TBECH)
and hexachlorocyclopentadienyl dibromocyclooctane (HCDBCO)) were analyzed
alongside dechloranes and PBDEs, and as expected, the emerging BFRs had much
lower sedimentary concentrations than the more established flame retardants (Yang
et al. 2012). However, the doubling time was 3—7 years for DBDPE and 5-7 years
for BTBPE, demonstrating that these compounds have the potential to contribute
significantly to the contaminant burden of the Great Lakes in the future (Yang et al.
2012).

Fluorinated Organic Contaminants

Perfluoroalkyl and polyfluoroalkyl substances (collectively denoted as PFASSs;
Buck et al. 2011) are a group of manufactured organic substances that consist of a
hydrophobic carbon-fluorine chain attached to a hydrophillic head (Fig. 2). PFASs
display a number of unique chemical properties that result in their widespread in-
dustrial and commercial use as surfactants, including their thermal and chemical
stability and dual lipid- and water-repellent properties. The extraordinary stability
of these compounds leads to their persistence and bioaccumulation in the environ-
ment, and PFASs have been widely reported in humans and biota at several trophic
levels in aquatic and terrestrial food webs across the globe (reviewed in Houde et al.
2006). The unique properties of PFASs (both polar and non-polar moieties) have
implications for their preservation in sediment cores, in contrast to chlorinated and
brominated organic contaminants that are highly non-polar and tend to be stable
once deposited in the sediments. However, many different PFASs have been re-
ported in lake and marine sediments (e.g. Alzaga et al. 2005; Higgins et al. 2005;
Myers et al. 2012) and there is evidence that sediments are the most significant
source of PFASs to the Lake Ontario food web (Martin et al. 2004). This suggests
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that sediment may be an important sink for PFASs, and that the potential exists to
use sediment cores as a historical archive of PFAS deposition.

The sorption strength of PFASs onto particulates (and consequently their stabil-
ity in sediment cores) varies depending on the compound of interest. For example,
sorption onto sediments has been found to decrease with decreasing length of the
hydrophobic carbon-fluorine chain (Ahrens et al. 2009), and short-chain PFASs
were not detected in the sediments of Lake Ontario (Yeung et al. 2013). Conflict-
ing results have been reported for perfluorooctane sulfonate (PFOS) regarding its
sorption onto sediments: PFOS was not detected in the sediments of remote alpine
lakes in Europe (Clara et al. 2009) and Canada (Benskin et al. 2011), but it was the
dominant PFAS reported in Lake Ontario sediment cores (Myers et al. 2012; Yeung
et al. 2013), and was also detected in Tokyo Bay (Zushi et al. 2010) and three re-
mote High Arctic lakes (Stock et al. 2007). Sediment organic matter content may be
important for determining the strength of PFOS sorption to sediments (Ahrens et al.
2009; Ahrens et al. 2010; Higgins and Luthy 2006).

To date, limited studies have been published in the scientific literature that ana-
lyze PFAS concentrations in dated sediment core profiles, and this represents an
emerging field. Zushi et al. (2010) analyzed a sediment core from Tokyo Bay, and
reported post-1990 decreases in PFOS and recent increases in perfluorooctanoic
acid (PFOA), consistent with the historical shift from production of PFOS by elec-
trochemical fluorination to PFOA production by telomerization (Fig. 4). Similarly,
Myers et al. (2012) and Yeung et al. (2013) observed that sedimentary core profiles
from Lake Ontario generally correlated well with early PFOS production (Fig. 4).
Benskin et al. (2011) analyzed perfluorocarboxylic acid (PFCA) isomer profiles
in sediment cores from remote alpine lakes in the Canadian Rocky Mountains in
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Fig.4 Temporal PFOS flux in a sediment core from Lake Ontario, redrawn from Yeung et al. (2013).
Although there is some uncertainty regarding the sorption of PFOS onto sediments and its long-term
preservation in cores, this profile clearly shows post-1970 increases in PFOS in lake sediments
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order to identify the source of PFCA emissions to the Rockies, as the electrochemi-
cal fluorination manufacturing process produces a mixture of structural isomers,
while telomerization tends to produce linear compounds (De Silva et al. 2009). The
predominance of linear isomer signatures in the sediments suggested that telomer-
based compounds were the dominant source of PFCAs to the Rockies, although
the authors caution that the possibility that branched isomers do not partition to
sediments as effectively as linear isomers warrants further attention (Benskin et al.
2011). The study of PFAS chronologies in sediment cores is still in its infancy, and
additional investigations into sorption mechanisms and sediment core migration are
required to fully assess the potential for commonly studied compounds (e.g. PFOS,
PFOA, PFCA) measured in sediment cores to accurately reflect historical deposi-
tion trends.

Polycyclic Aromatic Hydrocarbons

Polycyclic aromatic hydrocarbons (PAHs) are a group of persistent organic pol-
lutants characterized by two or more fused aromatic benzene rings (Fig. 2). They
are typically classified as alkylated PAHs (having at least one alkyl side chain at-
tached to the ring structure) or parent PAHs (unsubstituted). They are among the
most ubiquitous contaminants measured in the environment due to a high diver-
sity of sources that can be both natural (e.g. oil seeps, forest fires) or anthropo-
genic (e.g. fossil fuel emissions) in origin. Since the industrial revolution, human
activities have greatly enhanced PAH loading to the environment, with many PAH
compounds having been identified as toxic to aquatic biota and probable human
carcinogens (Newstead and Giesy 1987; Xie et al. 2006). Due to the semi-volatile
nature of many PAH compounds, they are susceptible to global dispersion through
long-range atmospheric transport, where they can accumulate in regions otherwise
remote from human influence such as the High Arctic (Wang et al. 2010; Halsall
etal. 1997; De Laender et al. 2011). As a result, PAHs are included in the Conven-
tion for Long-Range Transboundary Air Pollution’s Persistent Organic Pollutants
protocol (UNECE 1998). In general, however, PAH concentrations in the environ-
ment tend to decrease with increasing distance from emission sources (Halsall et al.
2001; Maliszewska-Kordyback 1999).

PAHs accumulate in the environment due to their high affinity for particulate
organic matter, recalcitrant nature, and low water solubility. PAHs in soils and
sediments are typically found sorbed onto organic particles, rendering them most-
ly inaccessible to bacterial degradation (Johnsen et al. 2005). However, specific
physio-chemical properties of different PAH compounds vary substantially based
on molecular weight. High molecular weight PAHs with 4™ aromatic rings are less
water soluble, less volatile, and more lipophillic than low molecular weight PAHs,
and water solubility decreases almost logarithmically as a function of increasing
number of aromatic rings (Johnsen et al. 2005; Meharg et al. 1998). For example,
log K, for naphthalene (two aromatic rings) is 3.29, compared to 4.45 for pyrene
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(four aromatic rings), and 6.58 for indeno(1,2,3-c, d)pyrene (six aromatic rings).
PAHs with five or more aromatic rings are found almost exclusively in the solid
phase; they tend to be rapidly deposited from the atmosphere and retained close to
the emission source (Johnsen et al. 2005). Those with 2—4 aromatic rings can be
found in the atmosphere in either a gaseous or particulate phase, resulting in their
global dispersion and accumulation in polar regions (Wilcke 2000; Maliszewska-
Kordyback 1999).

A high affinity for organic matter characteristic of the majority of commonly-
studied PAH compounds facilitates their preservation in dated lake sediment cores,
allowing them to be used as historical archives of PAH deposition (Hites et al. 1977).
Unlike most man-made POPs, there is a long history of anthropogenic PAH emis-
sions dating back to the industrial revolution in the mid-1800s. Thus, a longer time
frame is provided by lake sediment cores over which to assess potential degradation
patterns for PAH profiles. Early studies observed that PAH compositional profiles
in sediment core intervals deposited after the industrial revolution have remained
remarkably similar, and the compositional uniformity of PAHs provides evidence
that diagenetic processes do not exhibit a significant influence over PAHs once
they undergo sedimentation (Naes and Oug 1997; Readman et al. 1987; Simcik
et al. 1999; Fernandez et al. 2000). Readman et al. (1987) modeled compositional
changes in various PAH compounds in a sediment core from the Tamar Estuary,
U.K., and concluded that PAHs appeared to be irreversibly bound to the sediments
and largely unavailable for microbial degradation (although PAH-degrading my-
cobacteria have been detected in contaminated sediments of Lake Erie, Canada;
DeBruyan et al. 2009). Good agreement between PAHs in the surface sediments of
lakes/estuaries with aerosols or estimated atmospheric deposition has also been re-
ported in various locations, for example in Norwegian Fjords (Naes and Oug 1997),
and in lakes in the Pyrenees and Tatra Mountains of Europe (Grimault et al. 2004;
Van Drooge et al. 2011).

Comparisons between sedimentary PAH profiles and historical socioeconomic
data (as a proxy for PAH emissions) provide further evidence for the reliability
of sediment cores as historical archives of PAH pollution (Fig. 5). There are nu-
merous examples in the published literature from study locations across the globe
that recorded increases in sedimentary PAH concentrations beginning in the latter
half of the 1800s, consistent with the onset of the industrial revolution (e.g. Simcik
et al. 1999; Eide et al. 2011; Elmquist et al. 2007). Several studies also recorded
declines in sedimentary PAH concentrations beginning ~1950-1970, reflecting a
shift from coal to oil/natural gas as an energy source, improvements in combustion
technologies, and government regulations/emission controls (Van Metre et al. 2000;
Cranwell and Koul 1989; Bogdall et al. 2011; Liu et al. 2012). Recently, Guan et al.
(2012) analyzed PAHs in a sediment core from Sihailongwan Maar Lake and found
that, as predicted, stratigraphical trends in total PAHs correlated well with Chinese
socioeconomic data. The application of a chemical mass balance model (for de-
lineation of PAH sources in environmental samples) to sediment cores from eight
urban lakes in the USA showed that sedimentary PAH profiles accurately reflected
an increased contribution of PAHs from coal-tar-based (CT) pavement sealcoat in
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Fig. 5 USEPA priority PAHs and mercury (Hg) concentrations in a sediment core from a remote
lake of the northeastern Tibetan Plateau are strongly correlated, and show steady increases since
the industrial revolution. (Data are from Wang et al. (2010))

the 1960 and 1970s (Van Metre and Mahler 2010). For several lakes in the vicin-
ity of the Athabasca oil sands region (Alberta, Canada), increases in PAHs and
dibenzothiophenes were recorded after the extraction of bitumen resources began in
1960, and the composition of PAHs indicated a temporal shift from primarily wood
combustion to petrogenic sources (Kurek et al. 2013a; b).

Pyrogenic PAH emissions are often associated with increased emissions of other
pollutants such as lead (Pb) and other heavy metals. Therefore, analysis of both
PAHs and metals in sediment cores can also provide insight on the use of sediment
cores as records of atmospheric PAH deposition. Sediment cores taken from lakes
subjected to atmospheric deposition of pollutants often show strong correlations
between pyrolytic PAHs (resulting from decomposition of organic material at el-
evated temperatures in the absence of oxygen), Pb, mercury (Hg), and/or cadmium
(Cd), with baseline depths for PAHs occurring at approximately the same depth
as baseline for metals (Mikac et al. 2011; Wang et al. 2010; Miiller et al 1977,
Heit et al 1981). Independent confirmation from pollutant indicators, which be-
have very different chemically in the environment, increase confidence that PAH
profiles in lake sediments are accurately reflecting anthropogenic PAH emissions
(Fig. 5). However, for more remote lakes that have received minimal atmospheric
pollution, the relationship between metals and PAHs is often less striking. For ex-
ample, Loch Caire nan Arr in Scotland is thought to be among the least polluted
lakes in the United Kingdom, with low concentrations of both metals and organic
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contaminants (Rose and Rippey 2002). The timing of the peak in PAH concentra-
tions in the sediment core from this lake was not consistent with other forms of pol-
lution (e.g. metals, PCBs), indicating that industrial emissions are not an important
source of PAHs to this lake (Rose and Rippey 2002). Similarly, weak relationships
between Hg and PAHs were observed for two remote northern lakes in Ontario,
Canada (Lockhart et al. 1993). Pyrolytic PAHs that are particle bound are less sus-
ceptible to long-range transport compared to metals, which may explain why rela-
tionships between metals and PAHs are weaker in lakes that receive only minimal
atmospheric pollution. While most multi-proxy studies on PAHs in sediment cores
compare PAH profiles against other types of pollutants, many other paleolimnologi-
cal proxies have the potential to strengthen PAH sedimentary profile interpretations.
An interesting example is found in Hall et al. (2012), which applied paleohydrologi-
cal reconstructions in flood-prone lakes in the Peace-Athabasca Delta downstream
of the Athabasca oil sands development to interpret stratigraphic records of PAHs.
They found that periods of flooding by the Athabasca River was associated with
higher concentrations of bitumen-sourced PAHs to the sediments, demonstrating
the importance of natural erosion of exposed bitumen along the banks of the Atha-
basca River as a vector for delivery of PAHs downstream (Hall et al. 2012).

Fecal Sterols

Sterols are natural, unsaturated steroid alcohols possessing a basic structure that
consists of three cyclohexanes and one cyclopentane (Fig. 2). They usually have a
hydroxyl at position 3, and an aliphatic side chain of eight or more carbons at posi-
tion 17 (Fahy et al. 2005). Sterols may derive from protists, higher plants, or ani-
mals (Matsumoto et al. 2010; Nishimura and Koyama 1976; Wang et al. 2007), and
those derived from animals are typically found as fecal sterols (Eneroth et al. 1964;
Murtaugh and Bunch 1967). For example, coprostanol is formed from anaerobic
microbial degradation of cholesterol in the intestines of higher animals and birds,
and it is the most abundant sterol in human feces (Rosenfeld 1964). In contrast,
livestock such as cows and sheep excrete much lower concentrations of coprosta-
nol in their feces and higher proportions of 5p-campestanol and 5B-stigmastanol
(Leeming et al. 1996). The differences in sterol composition between different types
of species led to their widespread use as biomarkers in paleolimnological studies
(D’Anjou et al. 2012; Huang et al. 2011; Wang et al. 2007); however, despite being
produced naturally, fecal sterols such as coprostanol are also regarded as environ-
mental pollutants. Unlike the persistent organic pollutants described in the preced-
ing sections that have significant ecotoxicological implications, fecal sterols are
mainly used as tracers of sewage contamination in aquatic sediments, since domes-
tic sewage that incorporates fecal sterols is often a dominant source of water pollu-
tion in urban areas (Carreira et al. 2004; Jeng et al. 1996; Mudge and Duce 2005).
That these compounds are often found associated with fecal bacteria in sediments
further confirms their role as fecal indicators (Dutka et al. 1974). Still, coprostanol
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has been shown to bioaccumulate and induce estrogenic effects in mussels (Gagné
et al. 2001; 2002), suggesting that it can be both an aquatic pollutant as well as a
biomarker of sewage contamination. For the purposes of this chapter, we will be
focusing on fecal sterols as indicators of sewage pollution in aquatic environments.

Coprostanol has low water solubility and is most often associated with the solid
phase, thus it is readily incorporated into the sediment record. The stability of the
aliphatic backbone and sterane ring in coprostanol and other sterols provides some
resistance against microbial degradation in anaerobic sediments (Bartlett 1987),
and fecal sterols recovered from a lake sediment core have been used successfully
as a paleoenvironmental archive to track past human settlements and agricultural
activities for thousands of years (D’Anjou et al. 2012). However, temperature and
redox conditions that exist in the water column and the sediment-water interface
can greatly affect the preservation of these compounds before their burial in the
sediments. For example, the half-life of coprostanol in aerobic conditions at tem-
peratures above 20°C can be less than ten days, while it can be >400 days under
anaerobic conditions (Ogura 1983). Enhanced microbial degradation under aero-
bic conditions at elevated temperatures may compromise the value of fecal sterols
as sewage tracers in tropical systems (Brown and Wade 1984; Pierce and Brown
1984), potentially leading to the underestimation of sewage contamination (Santos
et al. 2008; Seguel et al. 2001). This was determined to be the case for sediment
cores recovered from Guanabara Bay, Brazil, where there was evidence of enhanced
coprostanol decomposition in the upper sediment layer that was partly oxic due to
resuspension from tidal currents (Carreira et al. 2004).

Coprostanol and other fecal sterols are currently underutilized as tracers of do-
mestic sewage pollution, partly due to a limited understanding of the conditions
that favor preservation of these compounds relative to the more commonly studied
organic contaminants. Still, several studies document interesting relationships be-
tween temporal trends of fecal sterols in the sediment record and known informa-
tion about anthropogenic sewage inputs to aquatic ecosystems, suggesting there
is considerable promise for sediment cores to provide a historical archive of fecal
pollution (Fig. 6). D’Anjou et al. (2012) documented the arrival of prehistoric hu-
mans and their grazing animals to an archaeological site at Lake Liland, Norway
2250 years ago by measuring increases in coprostanol and 5B-stigmastanol in a lake
sediment core. Miiller et al. (1979) recorded a steady increase in coprostanol from
~1800 to present in Lake Constance (Europe), and no coprostanol was detected in
the pre-1800 sediments. In a sediment core from the Macao Estuary, a sharp de-
crease in coprostanol was observed at the surface of the core, corresponding to the
beginning of operations at a new wastewater treatment plant in 1996 (Peng et al.
2002). Fecal sterol profiles were used to track the impacts of municipal sewage
input to Ross Lake (Manitoba, Canada) over an 80-year period (Tse et al. 2014).
Ross Lake received direct inputs of raw municipal sewage for ~20 years until the
construction of a sewage treatment facility in 1951. This was clearly reflected in
the sedimentary coprostanol record, as a dramatic increase was observed in co-
prostanol ~1930, followed by striking post-1950 declines (Fig. 6). The maximum
concentration of coprostanol in the sediments was 22 pg/g dry weight (~250 pg/g
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Fig. 6 Coprostanol concentrations in a sediment core from Ross Lake, Manitoba, Canada tracks
municipal sewage inputs from the mining community of Flin Flon. Raw and minimally treated sew-
age was released into the lake for >20 years beginning in ~1930, and coprostanol concentrations in
sediments from this time period indicate a lake heavily contaminated by domestic sewage. Sedimen-
tary coprostanol concentrations declined to pre-impact levels post-1950, when changes in wastewa-
ter management reduced sewage loading to the lake. (Figure is redrawn from Tse et al. (2014))

0CQ), indicating strong sewage inputs (> 10 pg/g has previously been reported as a
signature of domestic sewage; Mudge and Bebianno 1997). The latter two studies
described above particularly highlight the potential for fecal sterols as sewage trac-
ers, since the sedimentary pattern of increases in coprostanol followed by declines
after the installation of wastewater treatment facilities are not consistent with a
diagenetic signal.

Antarctica presents a particularly interesting case study for fecal sterols because
this continent does not have aboriginal inhabitants (and thus has a short history of
human settlement), and the cold climate favors a higher degree of preservation of
sterols until their incorporation into the sediment record (Ogura et al. 1990). High
concentrations of coprostanol and the bacterium Clostridium perfringens have been
reported near McMurdo Station and other research stations, with concentrations
decreasing with distance from the outfall (Edwards et al. 1998; Hughes and Thomp-
son 2004), and sediment cores showed increases in coprostanol corresponding to
increased research activities (Venkatesan and Mirsadeghi 1992). Consequently,
sediment cores can provide critical information that can be used to mitigate the
impacts of human activities in sensitive Antarctic ecosystems, where sewage treat-
ment options are limited. In future, similar paleolimnological studies utilizing fecal
sterols can also be used to track the impact of sewage inputs to remote lakes in the
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High Arctic, for example Meretta Lake in Resolute Bay (Douglas and Smol 2000),
and the recovery of ecosystems following the removal of this stressor.

Conclusions

Lake and marine sediment cores are being utilized to successfully reconstruct depo-
sition history for an increasingly diverse set of organic contaminants. We evaluated
the reliability of sediment cores as archives of pollution for a variety of common
legacy and emerging organic contaminants using multiple lines of evidence. This
includes comparison of sedimentary profiles against known histories and/or mod-
eled chemical profiles, comparison with profiles of inorganic contaminants that
have a similar emission history, examinations of compositional changes over depth
to assess degradation rates, and the chemical characteristics of the compound itself
(log K, half-life). Using this framework, we show that the polycyclic aromatic
hydrocarbons and the chlorinated and brominated persistent organic pollutants
(e.g. PCBs, PBDEs) are some of the most stable chemical compounds preserved
in aquatic sediments, and the use of sediment cores as historical archives of these
contaminants in the environment is well established. For fluorinated organic con-
taminants such as PFOS, their lipophobicity poses a unique challenge compared to
PAHs, PCBs, and other persistent organic pollutants, and consequently their stabil-
ity in sediment cores is less well established. Fecal sterols are highly prone to deg-
radation in warm, oxic conditions before their burial in the sediments, with implica-
tions for their incorporation and preservation within sediment cores. Further study
is required to assess the conditions that favor preservation and stability of both fecal
sterols and perfluorinated substances in sediments, but early down-core studies de-
scribed in this chapter suggest there is considerable potential for their widespread
use in sediment core archives.

We covered only a small subset of the potential organic contaminants that can be
measured in aquatic environments, and this field of research can only benefit from
additional cross-disciplinary studies that assess the reliability of sediments as pol-
lution archives. The framework we adopted here to evaluate the reliability of sedi-
ment cores as historical pollutant archives can be applied to any organic contami-
nant of interest. For example, the dioxins are another group of organic contaminants
that are also commonly studied using a paleolimnological approach, similar to the
other organochlorines and PAHs (Czuczwa et al. 1985; Baker and Hites 2000). The
list of pharmaceuticals and personal care products that can be measured in water
samples is growing (Loraine and Pettigrove 2006; Kolpin et al. 2002; Jones-Lepp
2006), although to the best of our knowledge, very little to no work has been done
in sediment cores for most of these compounds. For all compounds, no matter how
well studied, investigators must have a comprehensive understanding of the biases
inherent in their chosen organic chemical proxy in order to provide meaningful
interpretations of sediment core profiles. This line of inquiry would also be greatly
enhanced by long-term experimental studies that test the stability of chemicals
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within sediments, as the integration of stability experiments with down-core pro-
files of organic contaminants is an approach that has been underutilized.
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Abstract Particulates in the environment may be contaminants or pollutants. They
may affect climate through: the absorption of energy in the atmosphere and by
reducing the albedo of ice and snow surfaces; may enhance the transfer and dis-
tribution of pollutants such as trace metals and persistent organic pollutants via
absorption and adsorption to their surfaces; may adversely impact the health of
aquatic life and consequently other biota that depend upon it; in the atmosphere
they may have direct effects on human health via respiratory disease and the trans-
fer of substances deep into the respiratory system. Therefore, it is important to be
able to determine temporal trends in particulate emissions and deposition. Natural
archives such as ice, sediment and peat cores can provide well-resolved records, but
research has mainly focussed on a few particle types, and predominantly black car-
bon. In this chapter we review the environmental records of black carbon and other
industrially-derived particles, their analysis, interpretation and relative strengths
and weaknesses. Finally we consider two emerging particle types: microplastics
and nanoparticles. These latter groups have, so far, received little attention from
palaeoecological perspectives but their direct impacts on aquatic biota and ability
to transport pollutants within the atmosphere and aquatic ecosystems is becoming
increasingly apparent in the literature and are predicted to further increase in com-
ing decades.
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Introduction

The distinction drawn between a contaminant and a pollutant relates to the scale
of its impact. A contaminant is a substance introduced into the environment, ei-
ther directly or indirectly, such that levels that might naturally exist are exceeded
(Frid and Dobson 2013) whereas a pollutant may be defined as a contaminant that
causes harm or damage to an organism or ecosystem. In the atmosphere particles
are often pollutants. Pope and Dockery’s work in the 1990s (e.g., Pope et al. 1991,
1995; Pope and Dockery 1992; Dockery et al. 1993) highlighted the effects of fine
airborne particulate matter, PM , (defined as particles with an aerodynamic diam-
eter <10 um), on a range of human health issues including asthma, bronchitis and
mortality, while more recently the emphasis has shifted to finer particulate frac-
tions (PM, ; PM, ) and their role additionally in lung cancer and cardiopulmonary
disease (e.g., Pope et al. 2002; Pope and Dockery 2006). The earlier health impact
studies led to national assessments; for example, in the UK (COMEAP 1995; POST
1996; Pearce and Crowards 1996) and the Netherlands (Buringh and Oppenhuizen
2002), and also at the larger scale by the World Health Organisation (1999). These
resulted in the instigation of regularly revised Air Quality Standards also at national
and international levels (e.g., WHO guidelines: www.who.int/topics/air_pollution/
en/). As an example, the current US EPA standards, revised in December 2012,
lowered the annual mean PM, ; concentration from 15.0 to 12.0 pg m 3, while main-
taining the 24-h value of 35 ug m> (www.epa.gov/pm/2012/decfsstandards.pdf).
Interestingly, PM  are now referred to as the coarse particle fraction.

The standards for airborne particulates, and most of their defined impacts, relate
to undifferentiated particulate mass, i.c. it is the total particle load that is considered.
Hence despite there being considerable interest in the long-term exposure of par-
ticulates for health issues (e.g., Hodgson et al. 2009), palacorecords have so far not
been employed to generate useful data. However, where impacts from more specific
particle types can be identified, such as black carbon (Anderson et al. 2001; Roemer
and van Wijnen 2001; Janssen et al. 2012; Kiinzi et al. 2013) or oil fly-ash (Ghio
et al. 2002) there may be a role to play. In this sense, black carbon is of particular
importance because its impacts are not only directly related to human and envi-
ronmental health, but it has a further indirect effect via its climate change impacts
(Londahl et al. 2010; Shindell et al. 2012). Consequently, knowledge of long-term
changes in black carbon emissions would be a benefit to determining (i) health ef-
fects from aerosol exposure, (ii) climatic effects of aerosols and (iii) health effects
of climate change. It should be no surprise, then, that the estimated economic value
of damage from fossil-fuel combustion is enormous (Barbir et al. 1990) with the
impacts to human health in the United States alone calculated at $ 361-886 billion
(or 2.5-6% GDP) annually (Machol and Rizk 2013) and for the UK £6—62 billion
(0.4-3.5% GDP) (Yim and Barrett 2012).

In aquatic and terrestrial environments, as well as the atmosphere and cryosphere,
a further significant impact from particles derives from their ability to transport
toxic pollutants attached to their surfaces. These adsorbed (also absorbed) substanc-
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es are distinct from emissions of pollutants in particulate form (e.g., metal fume
(Pires et al. 2006)) and include trace elements such as lead (Pb), cadmium (Cd)
and arsenic (As), which are preferentially concentrated onto the respirable fraction
of airborne particles emitted from coal-fired power plants (Natusch and Wallace
1974). Mercury (Hg), zinc (Zn) and polycyclic aromatic hydrocarbons (PAHs) are
also transported in this way and the scale of PAH absorption can be related to the
carbon content of the emitted fly-ash (Wey et al. 1998). Dioxins and furans (PCDD/
Fs) have also been linked to ‘soot black carbon’ (Persson et al. 2002; Lohmann et al.
2005) as have acidifying ions (Guazzotti et al. 2001). Similarly, Ghosh et al. (2003)
showed that carbonaceous particles extracted from harbour sediments preferentially
accumulated both PAHs and polychlorinated biphenyls (PCBs), while Chen et al.
(2009) demonstrated the affinity of oil-derived black carbon for perfluoroctane sul-
phonate (PFOS). PFOS is an emerging pollutant with known multiple toxicities
including endocrine disruptive, reproductive and developmental effects.

Particles, and in particular the carbonaceous component, therefore have direct
pollutant effects in a number of environments and, furthermore, may be used as
indicators of contamination sources for other deposited substances (see examples
later in this chapter). For these reasons, it is important to be able to ascertain the
long-term records of particulates in the environment via the use of natural archives.
These archives make it possible to distinguish between natural and anthropogenic
sources in order to interpret environmental impacts appropriately.

There is a long record of natural particulate contamination. Black carbon has
been reported in sediments since the Devonian (c. 415 M yr; Schmidt and Noack
2000) and Graseby et al. (2011) describe carbon-rich char particles with a pass-
ing resemblance to the morphologies of modern-day fossil-fuel derived particulates
from Permian age rocks (c. 250 Myr BP) in the Canadian High Arctic. It is specu-
lated that these were produced by combustion of Siberian coal and organic-rich
sediments by basalts before being widely dispersed (see also Sanei 2015). Ancient
carbonaceous particles have also been observed at the Cretaceous—Paleogene (K-
P) (formerly Tertiary) boundary c. 65 Myr BP with suggested sources from both
wildfires triggered by a bolide impact (Wolbach et al. 1985) but also from the im-
pact itself into organic-rich geology (Harvey et al. 2008). Interestingly, these lat-
ter particles, while carbon-rich have a “bubble texture” and a light brown colour.
Harvey et al. suggested that these features result from the particles “boiling” at
low temperatures (300—-800 °C) but not igniting. They are therefore distinguishable
from modern industrially derived carbonaceous particulates, which ignite at higher
temperatures and produce a black porous ‘cenosphere’ (e.g., Rose 2001). Morpho-
logically and chemically, however, these K-P carbon cenospheres are remarkably
similar to particles observed from a peat core taken from Misten in eastern Belgium
(50°33'44.33"N; 6°9'50.70"E) and dated to c. AD 550 (Jérémie Beghin, Université
de Lieége; pers. comm.). The colouration, the bubble texture and the carbon-rich
composition are the same (Fig. 1), but here it is suggested that the source is from
some smelting-type activity. Further study is required to determine the formation
processes for this intriguing particle type.
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Fig. 1 a Scanning electron micrograph and b EDS-spectra of carbon-rich particles extracted from
a peat core in Misten, eastern Belgium and dated to c. AD 550 (Both courtesy of Jérémie Beghin,
Unité de Paléobiogéologie—Paléobotanique—Paléopalynologie (PPP), Département de Géolo-
gie, Université de Licge)

The record of charcoal particles in both palacolimnological (Whitlock and Lars-
en 2001) and pedoanthracological (Nelle et al. 2013) natural archives extends over
many millennia. In both lake sediments (e.g., Earle et al. 1996; Vanniére et al. 2008;
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Higuera et al. 2009) and peat archives (e.g., Breitenlechner et al. 2010; Bindler
et al. 2011) these records represent the complex interactions between climate, veg-
etation-type, and human activity (Haberle 2001). Hence, charcoal as an indicator
of fire frequency may be used to suggest where fires were natural or used as a land
management tool. Natural fires may be less frequent (60-250 years) and irregularly
spaced, while frequencies of 10-20 years are typical where controlled burning is
used, for example, to maintain Cal/luna vulgaris dominated heathland (Birks 1997).
Conversely where fire suppression is used as a management policy, a reduction in
charcoal inputs may also result (Willis and Birks 2006).

Fire size, intensity and severity affect the production and also the transport of
charcoal particles as they may be carried to great heights and over large distances in
the process of dispersal (Whitlock and Larsen 2001). Aerial transport is affected by
particle size with charcoal >1000 pm in diameter being deposited close to the fire
(Clark and Patterson 1997), while particles smaller than 200 pm are not expected
to be deposited within approximately 6 km of a fire column (Whitlock and Larsen
2001). Taphonomic processes are an important consideration when interpreting
charcoal records and include not only atmospheric dispersal and deposition but also
transport from catchments via soil erosion (secondary charcoal) or via inflowing
streams. These transfer processes may result in a considerable lag in the timing of
a fire ‘event’ in a sediment record (Whitlock and Larsen 2001), and may also af-
fect charcoal concentrations as sediments taken from near a stream inflow may be
several times higher than those from deeper ‘offshore’ sediments (Patterson et al.
1987) as a result of movement from higher in a catchment (see also Rosen 2015).

Records of charcoal particles over tens of thousands of years have been used as
an indicator of climatic change with warmer, drier climates leading to increased fire
frequency (Vanniére et al. 2008; Higuera et al. 2009). However, these changes also
remain a key signature of human impacts through the Quaternary. For example,
records over 40,000 years in Papua New Guinea have been interpreted as indicative
of changes in human occupation (Hope 2009) while increased fire-frequency in the
Mediterranean is equated with the development of human settlements, slash-and-
burn agriculture, and mineral exploitation (Vanniére et al. 2008). Distinguishing be-
tween climatic and anthropogenic charcoal signals is largely dependent on context.
Supporting information most frequently pertains to pollen (e.g., Haberle et al. 2001;
Whitlock and Larsen 2001; Vanniére et al. 2008; Higuera et al. 2009; Breitenlech-
ner et al. 2010) or macrofossil data (Willis and Birks 2006) to indicate vegetation
changes, but also widely uses archaeological, dendrological and geochemical data
to indicate, for example, metallurgical indicators of human expansion (Bindler et al.
2011; Pichler et al. 2013, see also Cooke and Bindler, this volume).

The need to distinguish between natural and anthropogenic sources of particles
is not restricted to charcoal. Fossil-fuel combustion-derived inorganic ash spheres
(IAS) (Rose 2001) appear morphologically similar to microspherules of volcanic
(e.g., Lefevre et al. 1986) or micrometeoritic origin (e.g., Handy and Davidson
1959; Hodge and Wright 1964). Natural sources of particles morphologically simi-
lar to IAS become less significant in more recent records as anthropogenic sources
swamp those that are naturally produced. However, in areas where industrial par-
ticle inputs are low or infrequent, such confusions may still arise and as a result the
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records of unambiguously anthropogenic and/ or industrial particles, such as sphe-
roidal carbonaceous particles (SCPs), become exceedingly useful as environmental
change markers.

Carbonaceous particulates, often termed ‘black carbon’, are therefore very im-
portant in toxicological, pollutant transfer and environmental change studies espe-
cially in archives that include periods after the Industrial Revolution when emis-
sions increased dramatically. The remainder of this chapter focusses on the particle
record of the industrial period and in particular the environmental records of black
carbon particles. Finally, we consider some of the environmental impacts and ar-
chives of two new and emerging particle types: microplastics and nanoparticles.

Black Carbon

What is Black Carbon?

The term ‘black carbon’ (BC) covers a range of particulates with a composition
of >60% carbon and with accessory elements including hydrogen, oxygen, nitro-
gen and sulphur (Goldberg 1985). It is formed by the incomplete combustion of
biomass such as grasslands or forest fires, anthropogenic industrial combustion of
biomass or fossil fuels, diesel and gasoline engines, and small-scale domestic fires.
Emissions from these sources are large. According to ‘bottom-up’ inventories, total
global emissions of BC were estimated to be 7500 Gg for the year 2000 but with a
large uncertainty range of 2000-29,000 Gg (Bond et al. 2013).

‘Black carbon’ therefore encompasses a wide spectrum of charred material and
despite 30 years of research there is still no single accepted definition, especially
between disciplines (Masiello 2004; Andreae and Gelencsér 2006). Terms such as
black carbon, elemental carbon, soot, graphitic black carbon, pyrogenic carbon and
refractory black carbon are often used interchangeably, and definitions for these
are based on source processes, morphological characteristics, chemical composition
and the optical properties of the material in question. Recently, for atmospheric sci-
ences, Bond et al. (2013) defined black carbon very specifically as being a distinct
type of carbonaceous material formed in flames and having a unique combination
of physical properties. However, this definition does not cover all BC particles in-
cluded in soil and sediment studies. In general, the term elemental carbon is used in
atmospheric sciences while black carbon is used in soil and sedimentary disciplines
(Hammes et al. 2007).

One way of understanding the myriad of particles under the BC umbrella is by
considering the “black carbon combustion continuum model” first presented by
Hedges et al. (2000). All components of the continuum (Fig. 2) are black particles
that have formed as incomplete combustion products. These particles range from
slightly charred biodegradable biomass, char and charcoal through to industrial par-
ticles formed at high temperatures, but there are no clear boundaries between these
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Fig. 2 Black carbon combustion continuum model. (Modified after Hedges et al. (2000) and
Masiello (2004))

classes (Seiler and Crutzen 1980). Generally, they can be grouped into larger chars,
which are residues reflecting the structure of the burned material, or the nature of
the burning process, and smaller particles, such as soots, which are combustion con-
densates, i.e. formed from the vapour phase (Novakov 1984). Both types can form
simultaneously from a single combustion source (Goldberg 1985).

Soot BC is slightly different from the rest of the BC continuum because it is pro-
duced from the vapour phase as a condensation product rather than as a combustion
residue. These are the particles that are mostly considered by atmospheric scientists
as BC (e.g., Bond et al. 2013), probably due to their small size and well-known
optical (light absorbance) properties. Although soot BC may be produced in large
natural fires if sufficient temperature is attained, it is common in industrial pro-
cesses and during the combustion of natural gas, gasoline and diesel, which do not
produce any other BC forms. It is generally recognized that soot forms through the
production of polycyclic aromatic hydrocarbons (PAHs), which continue to form
larger structures, eventually condensing into solid spheres (Kennedy 1997). The
size of soot particles may vary from a single to hundreds of nanometres. Although
incomplete combustion of organic material always produces PAHs in addition to
BC particles, PAHs are not included in the BC continuum because they do not share
other properties such as light absorbance.

The purest form of black or elemental carbon is graphite, which consists of sp>—
bonded carbon in planar layers. Graphite is formed over geological time-scales un-
der conditions of high temperature and pressure. It is therefore not a combustion
product and is not considered further here.
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Black Carbon Effects on Climate

In addition to the toxicological impacts and pollutant transport properties of par-
ticles described at the start of this chapter, BC also has a strong warming effect on
climate where its potency is based on its colour and surface characteristics (Ram-
anathan and Carmichael 2008). BC absorbs solar radiation and so warms the atmo-
sphere prior to deposition (e.g., Bond and Bergstrom 2006; Bond et al. 2013) but
also darkens surfaces once deposited (Warren and Wiscombe 1980), thereby signifi-
cantly reducing the albedo of snow and ice (Clarke and Noone 1985) and hastening
the melting process. The strong warming effect of small BC concentrations in snow
results from the more rapid growth of snow grain size following BC deposition
(Bond et al. 2013). Coarse-grained (old) snow has lower albedo than fine-grained
(new) snow and this leads to a positive feedback process accelerating melting (Flan-
ner et al. 2007). Due to its properties in the atmosphere and this feedback process,
BC is considered to be the second most important component of global warming
after carbon dioxide (e.g., Jacobson 2001; Ramanathan and Carmichael 2008; Bond
et al. 2013). It has been suggested that up to 40 % of current net warming is attribut-
able to BC as well as 30% of Arctic melting (Baron et al. 2009), making it poten-
tially a more important factor than greenhouse gases for climate warming in this
region (e.g., Hansen and Nazarenko 2004; Bond et al. 2013 and references therein).

Climatic impacts of BC are not restricted to the Arctic. It has recently been sug-
gested that increasing deposition of industrial BC forced the climatologically pre-
mature end of the Little Ice Age in the European Alps around 185