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The actual discussion on the role of sediments in the European water legislation
is a typical example, how the development of environmental policies mixes legal
requirements with socio-economic aspects, issues of technical feasibility, and sci-
entific knowledge2. In fact, the Sixth Environmental Action programme of 2001 has
stipulated, namely, that “sound scientific knowledge and economic assessments,
reliable and up-to-date environmental data and information, and the use of indica-
tors will underpin the drawing up, implementation and evaluation of environmental
policy”3.

In the ten chapters of this book, a broad set of practical process knowledge is pre-
sented, comprising simulation techniques, laboratory and in-situ studies on the inter-
action between biological, chemical and hydrodynamic factors as well as models, for
solving combined quality and quantity problems of riverine sediments. The under-
lying research on various types of particulate matter, risk analyses and problem so-
lutions will also contribute to the implementation of the Soil Strategy and – in par-
ticular – Marine Strategy Directive in Europe.

Among the 24 original scientific papers of the present book (with 12 review ar-
ticles and 8 short chapter introductions), 13 stem from the interdisciplinary Joint
Program SEDYMO (“Fine Sediment Dynamics and Pollutant Mobility in Rivers”),
funded by the German Federal Ministry of Education and Research (BMBF), May 2002
to July 2006. The respective sub-projects were organized under the three headings
“experimental techniques”, “processes and properties”, and “development and valida-
tion of models” (see Sect. 1.2).

The present scientific state-of-the-art overview on the wider area “sediment stabil-
ity assessment” has been and will further be confronted with the world of policy and
management. To characterize these interactions, achievements and deficiencies, the
following paragraphs of our preface give a selection of ten sediment-related themes
actually under discussion:

Preface

“Sediment management requires a solid mix of pragmatism and sound science”1

1 Krantzberg G, Hartig JH, Zarull MA (2000) Sediment management: deciding when to intervene. Environ
Sci Technol 34:22A–27A.

2 Quevauviller Ph (2006) Science-policy interfacing in the context of the WFD implementation. J Soils
& Sediments 6(4):259–261.

3 Anon (2001) 6th Environmental Action Plan 2001–2010. European Commission, rue de la Loi, B-1040
Brussels.
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1. Quantity vs. quality – concept of sustainable sediment management4

Sediment management challenges and problems relate to quality and quantity issues.
Quality issues relate to contamination, legislation, risk perception and assessment,
source control and destination of dredged material. Quantity issues are related to
natural processes causing erosion, sedimentation, flooding and the impact of engi-
neering works such as dams, on the river morphology. The concept “sustainable sedi-
ment management (SSM)” of the European Sediment Research Network SedNet
(www.SedNet.org)4 is based on the integration of quality and quantity aspects involv-
ing typical hydrodynamic issues like erosion stability and transport in a broad spec-
trum of spatial and temporal scales (Sect. 1.1 “Quantity and quality issues in river
basin” by U. Förstner and P. N. Owens and Sect. 2.1 “Hydrodynamics and sustainable
sediment management” by B. Westrich).

2. Hydraulic processes as the driving force for dispersion of contaminated sediments

The quantification of flow rates including the transport of particle aggregates, micro-
organisms as well as dissolved and adsorbed substances requires an integration of vari-
ous experimental techniques (flumes, turbulence columns, erosion chambers), to study
the combined effects of sediment processes during resuspension, transport and depo-
sition, and to describe these processes by models on different scales for the determina-
tion of hydrodynamic, chemical and biological parameters.

Sediment physical parameters are the basis of any risk assessment both on local and
river basin scales. In the decision process, sediment stability should be considered a
subset of an overall risk-management framework, using a tiered approach5, which is
characterized by a progressive increase in complexity – e.g., definition of key elements
at the site, regional geomorphology to understand the sensitivity of the site to flood –
associated flows, and definition of needs for sediment sampling, acoustic surveying
and current measurements.

Application of the empirical methods used to assess the erosion characteristics of
a cohesive deposit would benefit from a demonstration that, despite the relatively small
size of most of the available experimental apparatus, the resulting flows represent a
reasonable simulation of the flow conditions at the sediment-water interface in the
field5. The SEDYMO-program included two subprojects using sediment stability tests
which could bridge the gap between laboratory and field (no. 1 “Triad System” and
no. 3 “Microcosm/Hot film anemometer”).

4 Anon (2002) SedNet Demand driven, European Sediment Research Network, Description of Work,
Final Version. EC Proposal No EVK-2001-00058; Salomons W, Brils J (eds) (2004) Contaminated Sedi-
ments in European River Basins. SedNet ‘Booklet’; SedNet Work Package books (Elsevier Publ 2007):
WP2 (PN Owens) Sediment Management at the River Basin Scale; WP3 (D Barcelo) Sediment Quality
and Impact Assessment, WP4 (G Bortone) Sediment and Dredged Material Treatment, WP5 (S Heise)
Sediment Risk Management and Communication.

5 Bohlen F, Erickson MJ (2006) Incorporating sediment stability within the management of contaminated
sediment sites: A synthesis approach. Integr Environ Assess Manag 2:24–28.
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3. Problems with model approaches for fine-grained sediments

Analytical and numerical models are indispensable for both connecting and integrat-
ing the interdisciplinary study of individual processes and for transferring the findings
from laboratory experiments to a natural aquatic system where processes take place on
extremely variable scales both in space and time. Coupling of field data to model for-
mulation requires particular attention when dealing with cohesive sediments; due to
the complex nature of the transport processes, designs would benefit from a degree of
standardization that does not exist at present5.

In the SEDYMO-program, special emphasis has been given to fine-grained sedi-
ments and to a typical set of factors commonly influencing solution/solid equilibrium
conditions. Examples are the delayed release of metals from resuspended anoxic sedi-
ments (subproject no. 10) and the relationship between sediment-associated phospho-
rous entrainment rates and bed shear velocities, which were studied in subproject no. 11
for a series of in-situ experiments for the river Spree, Germany.

4. “Is the site erosive or depositional?” – conceptual site model6

The sediment manager’s work begins with a conceptual site model (CSM), a descrip-
tion what is known about the contaminant source areas, as well as the physical, chemi-
cal, and biological processes that affect contaminant transport from the sources through
environmental media to potential environmental receptors7. With respect to sediment-
associated contaminants, questions that should be asked during selection of manage-
ment options include: (i) Is the site erosive or depositional? (ii) Will management op-
tions change that, and how will that impact other sites downstream? (iii) Can the nor-
mal sedimentation process in the area solve the problem through burial and mixing?
Or as the principle question8: Should we wait for the natural recovery mechanisms to
reduce the risk due to sedimentation, degradation or other natural attenuation pro-
cesses, or does the situation require removal of the contaminated sediments?

5. Sediment management strategies – appropriate selection criteria?

In practice sediment management strategies can be categorized according to typical
problem solutions like monitored natural recovery, in-situ containment, in-situ treat-
ment and dredging or excavation5. The information required to evaluate or compare
each of these options is fundamentally different9 and the realization of the optimal
solution is a difficult, not only technical task. This is because the complexity of sedi-

6 Apitz SE, White S (2003) A conceptual framework for river-basin-scale sediment management. J Soils
Sediments 3:132–138; see also Apitz et al. (2005) Integr Environ Assess Manag 1(1):2–8.

7 Anon (1995) Standard Guide for Developing Conceptual Site Models for Contaminated Sites. In: An-
nual Book of ASTM Standards, vol. 04.08, E 1689-95 American Society of Testing and Materials. West
Conshohocken, Pa.

8 Wim Salomons, personal communication.
9 Apitz SE, Power EA (2002) From risk assessment to sediment management. J Soils Sediments 2:61–66.
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ment transport processes and associated uncertainties in most cases is fostering appli-
cation of the precautionary principle, with removal as a presumed conservative but
more expensive approach over in-place options.

6. “How best to incorporate sediment stability assessment results when managing risks
at contaminated sediment sites?”

In order to give in-situ options such as monitored natural recovery (MNR)10 a real
chance, a shift of emphasis would be needed towards the use and communication of
results from the analyses of multiple lines of evidence, e.g., through detailing the po-
tential impacts of large, low-probability events or combinations of probabilities (e.g.,
the 100-year flood and the probability of erosion to a specific depth) on exposure and
risk, and the associated uncertainties.

These lines of evidence should include a range of accepted and independent meth-
ods, such as historical review of site characteristics, past usage, and storm events; care-
ful consideration of regional geomorphology and implications regarding the evolution
of sediment deposits; detailed geochemical analysis of sediment cores obtained at
carefully selected locations; and field measurements to characterize hydrodynamic
forces5. This approach provides the basis for the development of a conceptual site model
– paragraph 4 – that includes a numerical model for prediction potential impacts of
rare events on the resuspension of sediments.

7. “Water Framework Directive – the river basin scope also for sediments?”11

Since 2000 remediation methodology as well as the preceding risk assessment are part
of the holistic river basin approach according to the European Water Framework Di-
rective (WFD), which is aiming to achieve a good ecological potential and a good sur-
face water chemical status in European river basins until the year 2015 by a combined
approach using emission and pollutant standards. Although there are immense quan-
titative and qualitative problems with sediments, the WFD did not take sediments ex-
plicitly into its implementation scheme. In particular, lack of information on the role
of sediments as a long-term secondary source of contaminants may easily lead to unre-
liable risk analyses with respect to the – pretended – “good status”.

8. Risks due to erosion of contaminated sediments and their potential impacts down-
stream are not covered by existing regulations …

The Water Framework Directive monitoring objectives require compliance checking
with Environmental Quality Standards (EQS) but also the progressive reduction of
pollution. The no-deterioration clause implies that trend studies should be foreseen

10Magar VS, Wenning RJ (2006) The role of natural recovery in sediment remediation. Integ Environ
Assess Manag 2:66–74. Schwartz R, Gerth J, Neumann-Hensel H, Bley S, Förstner U (2006) Assessment
of highly polluted fluvisol in the Spittelwasser floodplain based on national guideline values and MNA-
criteria. J Soils & Sediments 6(3):145–155.

11Förstner U (2002) Sediments and European Water Framework Directive. J Soils & Sediments 2:54.
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for sediment and biota; this calls for further guidance under Common Implementation
Strategy12, complementing the existing monitoring guidance. However, compliance
monitoring for sediment is not yet appropriate because of lack of the definition of valid
Environmental Quality Standards (EQSsediment) in a European context13. One can, how-
ever, find certain links of this important issue to present and future activities in the
European Water Framework Directive. For example, the strategies against chemical
pollution of surface waters (WFD article 16), i.e. establishment of the program of mea-
sures until 2009, must consider all potential pollution sources at the catchment scale.
Already the first step – screening of all generic sources that can result in releases of
priority substances and priority hazardous substances – will include the specific source/
pathway “historical pollution from sediment”14.

9. Pragmatic approach – two case studies on historical contaminated sediments in the
Rhine and Elbe River basins

The first study in the Rhine River catchment by Heise et al.15, on behalf of the Port of
Rotterdam, presented a three-step strategy, by the identification of (i) substances of
concern, (ii) areas of concern and (iii) areas of risk with regard to the probability of
polluting sediments in downstream reaches. The final assessment of the “areas of risk”
had to take into account sediment erosion thresholds and the hydrological exceedance
probability. The pragmatic approach provided initial evidence, that sediment-associ-
ated hexachlorobenzene (HCB) from the Higher and Upper Rhine has a significant
effect on the quality of material dredged from Rotterdam Harbor and that this histori-
cal HCB source can contribute to a failure of the objectives of the WFD in the Rhine
basin and may require additional measures for its control. Similar results were ob-
tained from the study of Heise et al. on the Elbe River basin16; here, the transfer of
dioxins and furans from the sediments and soils of the former Chemical Triangle at
Bitterfeld can be considered as the most critical process involving historical contami-
nated sediments in this catchment area.

12Anon (2003) Common Implementation Strategy for the Water Framework Directive (2000/60/EC).
Carrying forward the Common Implementation Strategy for the Water Framework Directive.
Progress and Work Programme for 2003 and 2004, as agreed by the Water Directors, 17 June 2003,
52 p, Brussels.

13Anon (2004a) WFD Expert Group on Analysis and Monitoring of Priority Substances (AMPS), Sedi-
ment Guidance Discussion Document, AMPS and SedNet, Draft Version 16 April 2004. See also: Pro-
posal for a Directive of the European Parliament and of the Council on environmental quality stan-
dards in the field of water policy and amending Directive 2000/60/EC (WFD-Daughter Directive),
Brussels 17.7.2006; e.g., Article 2 (2) “Member States shall ensure, that concentrations of substances
listed in Parts A and B of Annex I do not increase in sediment and biota”.

14Anon (2004b) Concept Paper on Emission Control from 8 June 2004 of the Expert Advisory Forum
(EAF) on Priority Substances and Pollution Control. 7th EAF-Meeting at Brussels, 14–15 June 2004.

15Heise S, Förstner U, Westrich B, Jancke T, Karnahl J, Salomons W (2004) Inventory of Historical Con-
taminated Sediment in Rhine Basin and its Tributaries. On behalf of the Port of Rotterdam. October
2004, Hamburg, 225 p.

16Heise S, Claus E, Heininger P, Krämer Th, Krüger F, Schwartz R, Förstner U (2005) Studie zur
Schadstoffbelastung der Sedimente im Elbeeinzugsgebiet – Ursachen und Trends. Im Auftrag von
Hamburg Port Authority. Abschlussbericht Dezember 2005, 169 S.
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10.Emission-immission relationships in the catchment-coast continuum

From their patterns of dioxin/furan congeners characteristic emissions from the Chem-
istry Triangle at Bitterfeld can be followed 350 km downstream to the sediments of
Hamburg Harbour17. Such tracers, together with sediment core studies, provide an ideal
tool for assessing the spatial and temporal development of pollution at critical sites in
the “catchment-coast continuum”18.

This, in particular, concerns the big river ports such as Rotterdam and Hamburg19.
On the one hand, as the owners of ‘large-sediment traps’, they have to pay the expenses
of former and actual shortcomings in emission control within their catchment areas.
On the other hand, they increasingly tend to get rid of part of their problems by using
sea disposal as a relative cheap procedure for less contaminated dredged sediments. In
this situation, the question arises on the yardsticks for assessing quality of both types
of sediments – ingoing from the characteristic emissions from the catchment area and
outgoing into the coastal sea.

A majority of stakeholders at a SedNet round table20 found environmental quality
standards for sediments in the WFD not practicable, due to the highly variable hydro-
dynamic situations in riverine systems. Different from this, decisions about the dis-
posal of dredged materials could be based on operational target values of key sub-
stances or ecotoxicological criteria, as in the case of Rotterdam Harbor, by application
of ‘Chemical Toxicity Test’ (CTT)21 values. Considering, however, the particular risks
from sediment-associated contaminants in the marine environment, sustainable sedi-
ment management in coastal zones requires further science-based criteria, e.g., for
assessing – in the wider area of this book – (i) pollutant loads (quality/quantity rela-
tionships) of extremely toxic substances like dioxins/furans, and (ii) specific disper-
sion and sedimentation patterns of “less” contaminated particles following the so-called
“relocation” of dredged material.

The planned Marine Strategy Directive in the European Union22 will follow the Water
Framework Directive (WFD) in the stepwise implementation of elements that shall be
reviewed every six years after their initial establishment: (a) the initial assessment and
the determination of good environmental status, (b) the environmental targets; (c) the
monitoring programs; and (d) the programs of measures.

17Götz R, Steiner B, Friesel P, Roch K, Walkow F, Maaß V, Reincke H, Stachel B (1998) Dioxin (PCDD/F)
in the river Elbe – investigations of their origin by multivariate statistical methods. Chemosphere
37:1987–2002.

18Salomons W (2005) Sediments in the catchment-coast continuum. J Soils & Sediments 5(1):2–8.
19Westrich B, Förstner U (2005) Sediment dynamics and pollutant mobility in rivers (SEDYMO). As-

sessing catchment-wide emission-immission relationships from sediment studies. J Soils & Sediments
5(4):197–200.

20“Sediment management – an essential element of river basin management plans”, Venice, Nov 22–23,
2006. J Soils & Sediments 7(2):117–132 (2007)

21Stronkhorst J (2003) Ecotoxicological effects of Dutch harbour sediments – The development of an
effects-based assessment framework to regulate the disposal of dredged material in coastal waters of
the Netherlands. Dissertation Vrije Universiteit Amsterdam, 202 p.

22Anon (2005a) Proposal for a Directive of the European Parliament and of the Councel establishing a
Framework for Community Action in the field of Marine Environmental Policy (Marine Strategy Di-
rective). Brussels, SEC(2005), SEC (2005) 1290. Brussels 24.10.2005.
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The preparatory, mostly scientific work in the Marine Strategy23 focused notably on
(i) the application of the ecosystem-based approach to management of human activi-
ties impacting the marine environment; (ii) monitoring and assessment issues; and
(iii) the particular challenge of hazardous substances. Here, with the objective close to
zero for man-made synthetic substances, primarily for dioxins/furans and PCBs, the pres-
sure on emission control can be expected being more stringent than under the WFD.

From the start of the Marine Strategy Directive (MSD), sediments will play a more
significant role than in the WFD. Referring to the quality aspects of sediments, the
Marine Strategy of 2002 already stated: “as sediments act as sinks for many pollutants,
these chemicals continue to be a public health concern and impede the use of marine
resources for human use”. In Annex II to the MSD the general state of chemical pol-
lution is described, among others, by sediment contamination; the quantitative aspects
of sediments refer to their role as bed substrate and potential physical damage due to
siltation, abrasion and selective extraction.

In an internet consultation of the Commission24, the objectives for the Strategy were
considered of “high” importance by a large majority of respondents. There was strong
support for the dual EU/regional approach and for the proposed methodology on
monitoring. Finally, regarding the role of science in this complex approach, while not
covered by the statistical evaluation, the statement of an anonymous respondent can
be cited (conclusions no. 98):

“Science-based decision-making must be the leading principle for consistent decisions.”

23Anon (2002) Towards a strategy to protect and conserve the marine environment (Marine Strategy).
Communication from the Commission to the Council and the European Parliament.  Brussels
02.10.2002.

24Anon (2005b) Thematic strategy on the protection and conservation of the marine environment. Evalu-
ation of the replies to the Internet Consultation, 15 March to 9 May 2005 (133 respondents from 22 Mem-
ber States).



The interdisciplinary research on sediment dynamics and contaminant mobility in the
“Sedymo”-program 2002–2006 – nucleus of the present book – was funded by the Ger-
man Federal Ministry of Education and Research (BMBF) through the program on
“Sustainability in Production and Services” formerly supervised by Jürgen Heidborn
and it has been successfully managed by Peter Hemberle and Verena Höckele from the
Ministry Project Management Agency Forschungszentrum Karlsruhe, Water Technol-
ogy and Waste Management Division. An interdisciplinary task force committee was
constituted under the umbrella of the German Association of Water, Wastewater and
Waste (DWA) to which professionals from universities, water authorities, engineering
consultancies and other stakeholders were appointed aiming to bridge the gap between
research and practice for future sediment management. Similarly, cooperation with
the Water Chemical Society, Division of German Chemical Society focused on the quality
aspects of river sediments.

For the investigation of contaminated sediment issues sampling campaigns in Ger-
man rivers were conducted with logistic and technical support provided by various
institutions. At the Rhine River it was the State Authority for the Environment Baden-
Württemberg Karlsruhe, the German Waterways and Shipping Office Freiburg and the
German Federal Waterways Engineering and Research Institute Karlsruhe. In coop-
eration with the International Commission for the Protection of the Rhine (ICPR), many
experiments on sediment erosion were performed to provide basic information on the
risk of mobilization of contaminants. Access to chemical and toxicological sediment
data was given through the cooperation with the Federal Institute of Hydrology Koblenz
thanks to Martin Keller and Peter Heininger. At the river Elbe. support was given by
the Hamburg Port Authority, the Free Hanseatic City of Hamburg, the Consulting Centre
for Integrated Sediment Management (BIS at the Hamburg University of Technology)
and by UFZ Centre for Environmental Research Leipzig-Halle, Department Lake Re-
search, Magedeburg.

First project results have been presented and discussed at the “Sedymo-Workshop”
which was held at the University of Stuttgart in October 2004. The final presentation
of the joint research project took place at the International Symposium in March 2006
at the Hamburg University of Technology. In addition to the “Sedymo”-Symposium –
the proceedings are presented in this book – a special “SedNet”-day was organized in
cooperation with the European Sediment Research Network. Two sessions, one focus-
ing on “Sediments in European River Basins” with contributions from Susanne Heise,
Axel Netzband, Philip N. Owens, Wim Salomons and Kevin G. Taylor and the other one
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on “Sediment Risk Assessment” by Marc Babut, Jos Brils and Sue White were devoted
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state-of-the-art overview.
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Chapter 1

Ulrich Förstner  ·  Philip N. Owens

1.1 Sediment Quantity and Quality Issues in River Basins

1.1.1 Introduction

Sediment is an integral and dynamic part of aquatic systems and it plays a major role
in the hydrological, geomorphological and ecological functioning of river basins, de-
fined here to include lakes, reservoirs, estuaries and the coastal zone. In natural and
agricultural systems, sediment originates from the weathering of rocks, the mobiliza-
tion and erosion of soils and river banks, and mass movements such as landslides and
debris flows. In most river basins there are also important contributions to the sedi-
ment load of organic-rich material from a range of sources such as riparian trees, mac-
rophytes and fish. This inorganic and organic material is susceptible to transportation
downstream by flowing water, from headwaters and other source areas towards the
outlet of the river basin. Flow rates decline in lowland areas (and areas where flow is
reduced) where transported material settles in slack-zones and on the bed of the river,
and on river floodplains during overbank events. At the end of the river much of the
sediment is deposited in the estuary and on the seabed of the coastal zone.

Sediment provides the substrate for organisms and through interaction with the
overlying waters (e.g., nutrient cycling) plays an essential role within aquatic ecosys-
tems. In addition, after flooding, fine-grained sediments are left as a deposit on flood-
plains, creating fertile soils that are often highly suited for agricultural production. On
the other hand, the removal of sediments from harbors, navigation channels, locks,
floodplains and river stretches is a high capital cost for authorities and agencies re-
sponsible for their maintenance and water quality.

In the 1970s and 1980s, anthropogenic emissions of excessive metals, nutrients,
organic pollutants, radionuclides and other substances caused a rapid deterioration of
sediment quality. In addition, the hydrodynamic conditions of many rivers were al-
tered: either directly by the construction of hydraulic constructions, such as dykes,
dams, seawalls, and drainage; or indirectly by changes in land use, such as deforesta-
tion and urbanization. Apart from seasonal flooding of polder areas and floodplains,
in recent years there have also been catastrophic events due to extreme rainfall and the
failure of dams; examples include the breaching of tailing dams in highly contaminated
areas such as the mining districts of Spain (1998) and Romania (2000), which caused
considerable and immediate hazards (Hudson-Edwards et al. 2003; Macklin et al. 2003).

Most large river basins throughout the world are highly populated and/or modified
by human activities and thus there are many users and uses of sediment within a basin

Introduction
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(Fig. 1.1). This means that site-specific interventions will have impacts that will likely
affect other users and uses of sediment (Owens 2005a), and it is, therefore, necessary
to develop ways to consider and evaluate these needs, including involving stakeholders
in the decision-making process (Gerrits and Edelenbos 2004).

The river basin represents an appropriate scale for management because in many
cases source control will be the optimal long-term solution: environmentally, socially
and economically. In particular, the controlling of diffuse sources of sediment and
associated contaminants necessitates a river basin approach in order: (i) to identify all
or most of the sources of the sediment and contaminants; (ii) for conducting meaning-
ful risk assessment and evaluation; and (iii) to be able to implement remediation and
mitigation options that are appropriate for controlling diffuse sources spread over a
large area, for example, implementing appropriate land use and land management
measures (Owens 2005a). Having extolled the virtues of considering sediment man-
agement at the river basin scale, the following sections briefly consider some of the
main sediment quantity and quality issues in river basins, and consider some options
and future requirements for sediment management at the river basin scale.

1.1.2 Sediment Quantity Issues

Rates and patterns of sediment supply (including soil erosion, bank erosion and mass
movements) and sediment transport are a function of three, broad inter-connected

Fig. 1.1. Schematic representation of some of the main influences and impacts on sediment within a
river basin (Owens et al. 2004)
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groups of factors. First, there are factors that control the inherent susceptibility of the
landscape to erode and transport sediment. Factors that control this include the resis-
tance of geology and surficial material, soil type, topography (slope steepness and com-
plexity), and drainage network. Second, there are driving factors that facilitate the physi-
cal movement of sediment from source to receptor (such as a river or water body). Factors
that control this include the type, amount and intensity of precipitation, and snowmelt.
Third, there are anthropogenic factors that modify the inherent susceptibility of the
landscape to: (i) erode, and this includes land use and management (such as deforesta-
tion, cultivation, over-grazing, artificial drainage etc.); and (ii) transport sediment, and
this includes river use and management (such as channelization, building dams etc.).

Given the large variation in these controlling factors, there is considerable spatial
variation in sediment mobilization, sediment supply and sediment transport, both
within river basins (especially large basins like the Danube, Yangtze, Mississippi and
Amazon) and between river basins. Furthermore, due to temporal variations in the
forces that drive sediment production and supply (e.g., rainfall events) there is also
considerable temporal variability in sediment movement in river basins. It is these
temporal and spatial variations, particularly in terms of the extremes in both maxi-
mum and minimum fluxes, that are often of concern for sediment management. At this
stage it is important to recognize that sediment quantity issues as part of sediment
management tend to apply to specific requirements for society. Large volumes of sedi-
ment – both coarse and fine – naturally move through river systems, and it is only
when such sediment impinges or impacts on how society uses river basins (see Fig. 1.1)
that it becomes an issue and requires some form of management. The following sec-
tions consider some of the main issues of sediment quantity that require management.
It is convenient to consider the issues of too much and too little sediment, before con-
sidering relevant sediment management options and requirements, and also the pos-
sible effects of global environmental change.

Too Much Sediment

In most river basins, the main “quantity” issue is too much sediment. Areas within a
river basin where there is too much sediment, from a societal perspective, are locations
where either the concentration of sediment is too high, such as the intakes of turbines
at hydro-electric power plants, and/or where the volume of deposited sediment is too
large. In the case of the latter, problem areas include canals, upstream of dams and
impoundments, ports and harbors. The specific management options associated with
each location vary. In many situations, dredging and subsequent treatment and/or dis-
posal are the preferred management options, especially for canals, ports and harbors
(Netzband et al. 2002). For reservoirs, dredging may be an option in some cases, but
more often sediment removal by hydraulic flushing, by-passing, or settling ponds are
more cost-effective and sustainable (Owens et al. 2005). Too much sediment, especially
fine-grained sediment (i.e. clay-, silt- and fine sand-sized particles), can also be a prob-
lem for sensitive aquatic habitats such as fish-spawning gravels as the fine sediment
blocks the gravels, reducing oxygen supply and increasing fish egg and larval mortality.
Unlike canals, ports and harbors, where the amount of sediment requiring dredging
can be 1 000s of m3, the amount of sediment needed to detrimentally influence aquatic

1.1  ·  Sediment Quantity and Quality Issues in River Basins
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habitats can be fairly insignificant, and it is often the type (i.e. fine-grained) and tim-
ing (i.e. during important reproductive times) that are important. This underlines that
it is not just the amount of sediment that is important but also the timing of sediment
transport and storage that are important.

There are numerous examples of the amounts and costs involved with removing
sediment. One of the best documented examples is the port of Hamburg, Germany,
which spends of the order of 30 million Euros each year to dredge and treat between
2 and 5 × 106 m3 of sediment, much of which is contaminated thereby increasing the
costs (Netzband et al. 2002). Hamer et al. (2005) state that The Netherlands and Ger-
many dredge between 30 and 50 × 106 m3 of sediment annually. These figures com-
pare to estimates of the annual sediment flux to the estuaries and coastal zones of
Europe of 300–700 × 106 t yr–1, depending of the geographic area of concern (Owens
and Batalla, in prep.).

Too Little Sediment

While a significant amount of attention and resources are given to dealing with the
removal and treatment/disposal of excessive amounts of sediment, in many situations
there are problems associated with too little sediment. Again, it is important to recog-
nize that it is too little from the perspective of society, although in many cases the
consequences of too little sediment impact on geomorphological and ecological func-
tioning (Owens et al. 2005). It is also important to note that issues of too much sedi-
ment and too little sediment often occur in the same river basin, albeit at different
locations. One of the major causes of problems associated with a dramatic reduction in
sediment fluxes is the construction of dams and impoundments which reduce the sup-
ply of sediment to downstream reaches of a river. The natural supply and flow of sedi-
ment along a river system are interrupted and sediment that would normally move
through a river network is deposited upstream of the impoundment, often causing
problems associated with excessive sedimentation such as the reduction in the life-
span of reservoirs and increased operating costs. Downstream of the impoundment
there can be problems due to a dramatic reduction in sediment supply which often
leads to “hungry waters” whereby the river compensates for the reduced sediment load
by downcutting and lateral erosion (Kondolf 1997). This can result in pronounced
changes in the hydromorphology of a river system.

A good example is the Ebro River basin in Spain, where about 190 dams now im-
pound almost 60% of the annual runoff in the basin. Total annual sedimentation in the
reservoirs is estimated at 15 × 106 m3 yr–1. As a result of these impoundments, the total
annual sediment load to the coastal zone at present is estimated to be only 3% of the
sediment load at the start of the 20th century, and most of this sediment is now derived
from channel sources compared to hillslope sources originally (Batalla 2003; Vericat
and Batalla 2006). These reductions in sediment supply to downstream river reaches,
estuaries and the coastal zone can result in the loss of important habitats such as
wetlands, mud flats and salt marshes, which are particularly sensitive to change (Batalla
2003). Downstream of the Hoover Dam on the Colorado River in USA, the riverbed
had degraded by 7.5 m within 13 years of dam closure and this erosion had affected
120 km of the river during that period (Williams and Wolman 1984). Downcutting of
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river channels can undermine structures such as buildings, roads and bridges, and in
some cases lead to loss of life, as demonstrated by the collapse of a bridge on the Duero
River in Portugal (Batalla 2003). Furthermore, Leopold (1997) describes the situation
downstream of the Aswan Dam where 15–19% of the habitable land of the Nile delta
could be gone within 60 years due to subsidence resulting from a lack of sediment
deposition, which in turn could displace 15% of the population of Egypt.

Towards Solutions for Sediment Quantity Issues

Solutions for the occurrence of excessive amounts of sediment tend to focus on re-
moval/dredging and treatment/disposal/relocation, or on schemes to divert or flush
sediments through fluvial systems. The examples described above present information
on the amounts of sediment involved and the costs. However, these solutions can be
considered as “end-of-pipe” solutions in that they tend to deal with a problem as and
when it appears, as opposed to dealing with the root cause. Thus for most situations,
controlling the initial mobilization and supply of sediment from various sources (i.e.
source control) will often be more sustainable from an ecological, economical and en-
vironmental perspective. This requires an assessment of the sources, pathways and
fluxes of sediment within a river basin. It also requires an assessment of how much
sediment and the type of sediment that are needed in rivers for geomorphological and
ecological functioning, and also the timing of sediment fluxes (i.e. not too much at
ecologically sensitive times of the year), so that sediment supply can meet geomorpho-
logical and ecological requirements. At present we are lacking sufficient information
to determine the “requirement” part of the equation.

The sediment budget concept offers considerable potential for sediment manage-
ment and should form part of the early stages of a river basin plan for sediment man-
agement (Owens 2005a). There are a variety of tools that can be used to provide the
necessary information needed to establish a sediment budget. Thus, sediment finger-
printing and sediment tracing approaches can be used to identify where sediment origi-
nates (Table 1.1) and determine transfer pathways and sediment residence times.
Magilligan et al. (2006), for example, used the fallout radionuclide 7Be as a tracer to
estimate the sediment transport velocities in regulated and unregulated streams in the
USA, so as to assess the impacts of impoundment on sediment transport.

1.1  ·  Sediment Quantity and Quality Issues in River Basins
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Having identified sources, pathways and fluxes (including the identification and esti-
mation of storage elements) (Owens 2005a), there are several options for management,
which apply to both issues of too much sediment and too little sediment. At this point, the
two-stage risk assessment procedure of Apitz and White (2003) is useful, and this is dis-
cussed further in Sect. 1.1.4. On a river basin or regional level, there are several broad-
scale options available. One is to implement regional- or basin-scale measures to reduce
sediment mobilization and delivery to channels via awareness, education and improved
practices. These measures are best achieved voluntarily through realization that benefits
are both environmental and economical. A good example is conservation agriculture which
has been demonstrated to both reduce adverse environmental impacts, including soil
erosion, sediment delivery and diffuse pollution of waters, and also be economically vi-
able (Jones et al. 2006). Another broad-scale approach is through legislation, and national
and multi-national policies and agreements such as the Dutch-German Exchange and the
International River Protection Commissions. At present, there are fairly limited legisla-
tion and policy measures relevant to sediment, particularly from a quantity aspect. A
useful review is given in Köthe (2003; see also Salomons and Brils 2004; Owens et al. 2005;
Owens and Collins 2006). Two pieces of legislation particularly worthy of mention for
sediment quantity for the countries of the EU are the Water Framework Directive (WFD)
and the Soil Framework Directive (SFD). The former is discussed further in Sect. 1.1.4,
mainly in terms of sediment quality issues, although sediment quantity is also relevant for
habitat (i.e. ecology) and hydromorphology goals within the WFD. The SFD is forthcom-
ing legislation that in part will address issues of sediment mobilization and sediment
delivery, mainly in the context of reducing soil erosion.

At the basin- or local-scale there are more specific measures that can be used to deal
with issues of sediment quantity, many of which are also relevant for sediment quality,
that should help to reduce the need for expensive “end-of-pipe” solutions like dredg-
ing. Examples include the use of buffering features placed at specific points in the
landscape to help reduce sediment delivery to rivers (Owens et al. 2006) and measures
to facilitate the more “natural” flow of water and sediments through river channels,
which can also have ecological benefits (Batalla et al. 2006). Most of the measures and
options identified above agree with the philosophy of the European Sediment Network
(SedNet; www.sednet.org).

The Impact of Global Environmental Change

It is important to assess the implications of likely future global environmental change
on sediment fluxes in rivers and how this may influence some of the sediment quantity
issues described above. Global environmental change mainly refers to biogeochemical
processes, including water and sediment fluxes, and how they are modified by human
activities, and encompasses global climate change. It is important to stress that at present
we are not certain what these changes will be and thus how they will influence sedi-
ment fluxes. There is still considerable debate and uncertainty about the direction (i.e.
positive or negative, increases or decreases), magnitude and timing of global environ-
mental changes in climate (temperature, precipitation and seasonality) and carbon
cycles, for example, and we are not clear how land use and management will change
under ever-changing policy and guidance on food production and security. Plus, glo-
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bal environmental change is itself part of a wider concept of global change that in-
cludes economic, cultural and geopolitical global issues, among others (Slaymaker and
Owens 2004).

Some likely or probable effects of climate change and associated responses in soil
erosion and sediment fluxes are described in Owens (2005b). These include a likely
increase in sediment supply and fluxes in rivers due to the anticipated increase in
wildfires in many parts of the world, especially areas of the Mediterranean and similar
bioclimatic regions and the boreal forests of North America and Russia. Although
changes in sediment fluxes due to likely changes in climate are no doubt important,
some believe that changes in land use and management may be equally or more im-
portant (Slaymaker 2001).

In order to determine the likely changes in sediment fluxes in rivers, models can be
used to simulate the production and transport of sediment through river basins under
certain scenarios of climate and/or land use change. For example, Asselman et al. (2003)
developed a suite of GIS-embedded models to simulate the production and transport
of fine sediment through the 165 000 km2 basin of the Rhine River. Table 1.2 presents
some of the results of this study based on two different scenarios:

1. CP – present climatic conditions with autonomous changes in land use.
2. CPC – UK Hadley Centre high-resolution atmospheric general circulation model

climate conditions (lower, central and upper estimates) with both autonomous and
climate-induced changes in land use.

The effects of climate change on the future sediment load of the Rhine River can
be estimated from the differences between the sediment load estimated by the
combined climate and land use change scenario (CPC scenario) and that produced
by the autonomous land use change scenario (CP scenario). The sediment load is
estimated to increase by ca. 0.15 × 106 t yr–1 near the tidal limit. There are, however,
considerable spatial variations in sediment fluxes in this large river basin (Asselman
et al. 2003). Other studies have modeled the likely effects of changes in climate and
land use on contaminated sediment fluxes and storage in the Rhine River (e.g., Thonon
et al.  2006).

1.1  ·  Sediment Quantity and Quality Issues in River Basins
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The effects of global environmental change on sediment fluxes in river basins are at
the center of numerous research programs and initiatives, including the International
Sediment Initiative (ISI), that has been launched by the United Nations Educational,
Scientific, and Cultural Organization (UNESCO), as a major activity of the Interna-
tional Hydrological Programme (IHP; www.unesco.org/water/ihp).

1.1.3 Contaminated Sediments

The perception of aquatic sediments as a very valuable material for humans (e.g., for
agriculture) and nature (e.g., as a habitat) rapidly and drastically changed into one of
viewing sediments as a legacy of industrialization and related mass consumption, leav-
ing an immense problem for water quality managers and other stakeholders to deal
with (Anon. 2002). In fact, the value of today’s aquatic sediments is concealed by sev-
eral negative factors (Förstner 2004a).

Firstly, even without direct and hard dumps, sediments function as a sink for ongo-
ing releases from many sources; these include wet and dry fallout from air emissions,
runoff from farms, solid and dissolved inputs from mines, and discharges from land-
fills, industrial plants, and sewage-treatment plants. Restoration of the quasi-natural
state will be a long-lasting process.

Secondly, subsequent to the natural erosive processes described in Sect. 1.1.1, sedi-
ment-bound contaminants are dispersed, in an unpredictable manner, on floodplains,

Fig. 1.2. Pathways and processes for the transport of historic contamination downstream (Heise et al. 2004)
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dike foreshores, and polder areas. Even moderately polluted solids and pore waters
are secondary sources of toxic chemicals, and further accumulation of these substances
can then take place in the food chain. Therefore, monitoring and assessment of ad-
verse effects will persist as a priority task in sediment management in the coming
decades.

Transport of Historic Contamination Downstream

Today, relatively unpolluted recent sediment surface layers cover older contaminated
sediments deposited in areas of low flow in river corridors, such as floodplains,
river slack-zones and channel beds, reservoirs, and groyne fields. Nevertheless, there
is an increasing risk of the resuspension of old contaminated sediment layers and
the transport of the particle-bound pollutants downstream in river systems due to
the potential for increasing water discharge associated with both anthropogenic ac-
tivities (i.e. increased runoff to rivers due to land use changes) and climate change
(i.e. increased precipitation). Contaminated material can also be introduced to river
systems from contaminated soil and other diffuse sources during surface runoff or
erosion events (Fig. 1.2).

The requirements for a river basin-wide sediment management concept will include
inventories of interim depots within the catchment area (underground and surficial
mining residues, river-dams, lock-reservoirs), integrated studies on hydromechanical,
biological and geochemical processes, risk assessments on sedimentary biocoenoses
and, last but not least, development of decision tools for sustainable technical mea-
sures on a river basin scale including sediment aspects.

Solutions for Contaminated Sediment Problems

Remediation techniques for contaminated sediments are generally much more limited
than for most other solid waste materials. The widely diverse sources of contaminants
and sediments in large basin areas usually produce a highly complex mixture of pollut-
ants. For most of the sediment derived from maintenance dredging, there are more
arguments in support of disposal compared to treatment. Considering the energy in-
put which is needed for the separation of contaminants from their valuable matrices
and for the purification of the various gaseous, liquid and solid emissions, then sedi-
ment conditioning for reuse – as pushed by waste legislation – will rarely conform to
the principles of sustainability. In addition, dubious modes of utilization, such as fill-
ing of depressions etc., are often justified by data from test procedures which do not
relate to characteristic sediment properties such as the content of redox-sensitive com-
pounds (Förstner 2004a).

At this point, there is an emerging science-based technology for the final storage of
sediments, called ‘sub-aquatic depot’. The EU Landfill Directive (Anon. 1999) does not
refer to waste disposal below the groundwater level, and here the two most promising
conditions for a sediment depot can be found: (i) a permanent anoxic milieu to guar-
antee extremely low solubility of metals; and (ii) base layers of compacted fine-grained
sediments which prevent the advective transport of contaminants to the groundwater
(Anon. 2002b). Together with advanced geochemical and transport modeling, such

1.1  ·  Sediment Quantity and Quality Issues in River Basins
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deposits offer the most cost-effective and sustainable problem solutions for dredged
sediments.

In the wake of this technology – of which the flagship is the Dutch ‘De Slufter’ depot
– innovative sediment-specific applications can be developed, for example, techniques
for active capping to safeguard both depot and in-situ contamination against pollutant
release into the overlying surface waters.

Different from the management of dredged sediments, problem solutions for large-
scale, complex contamination of floodplains are still in the early stages of develop-
ment. In the ‘intrinsic barrier’ concept – presumably one of the very few realistic ap-
proaches to deal with contaminated soils and sediments on floodplains – soil and sedi-
ment components not only act as substrates (‘habitats’) for organisms to biodegrade
substances, but also as media for supporting chemical and mechanical stability
(‘geochemical engineering approaches’; Förstner 2003).

1.1.4 Risk Assessment at the River Basin Scale

Many of the sediment issues and problems described above are mostly located at the
mouth of the large rivers, such as deposition of sediment in harbors and ports, and the
problem owners, such as the port authorities, are in a rather uncomfortable situation
as they have to pay the costs for all former, actual and future shortcomings in the emis-
sion control within their catchment area. According to available information, there
should be many more ‘interim owners’ of sediment problems in the upstream river
basin. Many of them, however, ignore their problems or claim to follow a procedure
called ‘sediment relocation’. In the case of the latter, management problems and costs
for the ‘end owners’ can be exacerbated further (Förstner 2002). In fact, it is not really a
relocation or transfer of contaminated sediment to its original site, but rather a down-
locating (as re-cycling of waste materials mostly is a down-cycling), and with the dis-
persion of pollutants there is an unecological increase of entropy. Although the large-
scale effect of natural and technical resuspension processes is well-known – for ex-
ample, in the Elbe basin typical patterns of dioxin congeners from the Bitterfeld area
can be detected in the sediments of the Port of Hamburg more than 300 km down-
stream (Götz et al. 1998) – sediment problems in river basins are still regulated locally,
sometimes by means of dubious threshold values.

Sediments and the EU Water Framework Directive

Here, a clear deficiency of the European Water Framework Directive (WFD) becomes
evident. The WFD aims at achieving a good ecological potential and good surface wa-
ter chemical status in European river basins by the year 2015, using a combined ap-
proach of emission and pollutant standards. These consider priority pollutants from
diffuse and point sources, but neglect the role of sediments as a long-term secondary
source of contaminants. Such a lack of information may easily lead to unreliable risk
analyses with respect to the, apparent, ‘good status’ of waters.

The WFD monitoring objectives require compliance checking with Environmental
Quality Standards (EQS) but also require the progressive reduction of pollution. How-



11

ever, compliance monitoring for sediment is not yet appropriate because of: a lack of
definition of valid Environmental Quality Standards for sediment (EQSSediment) in a
European context; analytical limitations; and the anticipated high costs required to
obtain full spatial coverage. Sediment trend monitoring may be both spatial and tem-
poral, and may be related to the chemical and ecological status of a water body. Sedi-
ment monitoring may also play a part in risk-assessment, for example in cases where
the good-ecological-status/potential is not met or where water quality is adversely
affected by the channel bed and/or resuspended sediment, and also in order to priori-
tize sites where actions can take place, and/or where monitoring should be intensified
with respect to its effects along the river basin (Anon. 2004).

In principle, it has been recognized that harmonization of sediment monitoring is
particularly relevant at a river basin level. Different objectives (trend monitoring,
compliance monitoring, risk assessment and source control) will be involved and sub-
sequently also different sampling strategies. However, technical issues such as sedi-
ment collection, sample treatment, sediment analysis and reporting results will have to
follow a common level of quality requirements. An example is the application of the
traceability concept in chemical sediment analysis (see Sect. 10.1, Förstner 2004b).

Catchment-Wide Assessment of Hazards and Risks

A basin-scale framework for sediment management should be comprised of two main
levels of decision-making: the first for basin-scale evaluation (site prioritization) and
the second for site-specific assessment (risk ranking) (Apitz and White 2003).
Prioritization, among other things, needs the development of appropriate indicators
for sediment mobility at a catchment scale and determination of the sediment dynam-
ics and budget in a river basin (Heise 2003; Owens 2005a; Babut et al. 2007). In practice,
a catchment-wide assessment of historical contaminated soil and sediment should ap-
ply a three-step approach (Heise et al. 2004): (i) identification of substances of concern
(s.o.c.) and their classification into ‘hazard classes of compounds’; (ii) identification of
areas of concern (a.o.c.) and their classification into ‘hazard classes of sites’;
(iii) identification of areas of risk (a.o.r.) through consideration of erosion and trans-
port processes and their assessment relative to each other with regard to the probabil-
ity of polluting the sediments in the downstream reaches.

In a study of the historical contaminated sediments of the Rhine River (Heise et al.
2004), the target area was the Port of Rotterdam, with respect to a possible exceedance
of those sediment quality criteria (based on the “Chemical Toxicity Test” (CTT) values
of key substances) that decide the fate of dredged material: open water or the more
expensive upland disposal. The probability of exposure was determined by calcula-
tions of erosion thresholds and indications that resuspension occurred. Probability of
exposure was the most difficult parameter to quantify, as very little information ex-
isted about critical erosion thresholds and shear stresses for different flood situations.

In a catchment scale view, i.e., assessing the risk for downstream areas such as har-
bors or the coastal zone, inclusion of mechanical effects (e.g., resuspension of contami-
nated sediments) will significantly increase uncertainties with respect to the interpre-
tation of combined erosion risk and chemical mobilization data, due to the large vari-
ability of granulometric and compositional parameters in the hydraulic term (Westrich,
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in Heise et al. 2004). Modeling pollutant transport on a river-basin scale requires broad
information on water volumes, sediment dynamics and processes at the sediment-water
interface. Apart from the quantification of anthropogenic activities (e.g., dredging,
reservoir flushing) which should be dealt with when addressing advanced watershed
management, prediction of the effects of large storm events on flow and the accompa-
nying sediment load – even more pronounced because of its exponential increase – are
among the most challenging tasks. In the three-step-approach of the Rhine River study,
the hazards of “substances of concern” and of “areas of concern” could be determined
with higher certainty than the risks of polluting sediments within the Port of Rotterdam.
However, the combined information from critical erosion thresholds and indication that
resuspension took place, as well as the differentiation of four risk classes with regard to
the exceedance of well-defined target values, provided “evidence for high risk” for the Port
of Rotterdam from historical contamination of sediments contained in the barrages of
the Higher and Upper Rhine, even at annual flood situations (Heise et al. 2004).

In the future, an increase in the precision and accuracy of the term “indication that
resuspension occurred” should significantly increase the weight of evidence for risks
on downstream target areas. Here, sediment core profiles merit special attention
(Westrich and Förstner 2005). The best locations for such historical records are within
or close to the critical target areas (harbor basins, lakes, depressions, lowlands, flood-
plain soils and sediments, etc.). Additional information on the source areas of specific
pollutants that are analyzed in the target sediment cores can be gained from indicator
substances or from typical isotopes (e.g., lead isotopes) and patterns of congeners (e.g.,
for dioxins/furans; Götz et al. 1998).

1.1.5 Integrated River Basin Strategies

Both for establishing sediment-related quality objectives and for developing and imple-
menting technical problem solutions, practical process-based knowledge is needed that
uses a wide range of simulation techniques and models in different spatial and tempo-
ral scales (for example see Table 1.2). In practice, specific information on the interac-
tions of hydromechanical, biological and geochemical processes is required for two
reasons:

1. Sediment quality assessment is considerably more complex than water quality as-
sessment due to the many site-specific parameters that need to be considered, which
is not necessarily the case for water. Bioavailability of a contaminant is not only
species specific, but also depends on sediment characteristics and sediment deposi-
tion and erosion. The methodologies developed to date do not adequately deal with
the complex nature of sediments.

2. Remediation techniques for contaminated sediments are generally more limited than
for other solid waste materials. Considering world-wide dredging activities, only a
very small percentage of these materials can undergo “treatment” in the true sense –
solvent extraction, bioremediation, thermal desorption, etc. Here, geochemical
mechanisms such as stabilization and other forms of long-term, self-containing bar-
riers could reduce the mobility and biological availability of critical pollutants.
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The position of integrated process studies, for example in the SEDYMO Program
(Sect. 1.2), between ecotoxicological risk assessment and remediation technologies in
the management of aquatic sediments and dredged materials is presented in Fig. 1.3,
which also explains the position of this multidisciplinary research program in the
context of the WFD and other integrated river basin strategies. As mentioned above,
the WFD, which focuses on the catchment scale, does not consider sediment quality
and quantity as a major issue. However, the strategies against chemical pollution of
surface waters (WFD article 16) – i.e. implementation of monitoring programs until
2006 and establishment of the program of measures until 2009 – have to consider sedi-
ment quality (and quantity) at the catchment scale. With respect to the latter date, the
first step – screening of all generic sources that can result in releases of priority sub-
stances and priority hazardous substances – will already include an assessment of the
specific source/pathway of ‘historical pollution from sediment’.
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1.2 Sediment- and Pollutant-Related Processes – Interdisciplinary Approach

1.2.1 Introduction

Particulate pollutants represent a multi-disciplinary challenge for prediction and strat-
egies to prevent their distribution in the environment. Four aspects, in an overlapping
succession, reflect the development of knowledge in particle-associated pollutants dur-
ing the past thirty years:

� the identification, surveillance, monitoring and control of sources and the resulting
pollutant distribution;

� the evaluation of solid/solution relationships for contaminants in surface waters;
� the assessment of the environmental impact of particle-bound contaminants, i.e.

the development of sediment quality criteria;
� the study of processes and mechanisms of pollutant transfer in various compart-

ments of aquatic ecosystems.

For simulating real world effects on various temporal and spatial scales, an inte-
grated approach has been developed combining hydrodynamic and chemical/biologi-
cal factors which influence pollutant mobilization and transfer – the interdisciplinary
SEDYMO approach (‘SEdiment DYnamics and pollutant MObility in rivers’).

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach
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The following sections give an overview of process interactions which influence
contaminant mobilization in rivers (Sect. 1.2.2); summarizes the state of knowledge in
the three major SEDYMO themes: ‘experimental techniques’, ‘processes and properties’
and ‘development and validation of models’ (Sect. 1.2.3), describes three pre-SEDYMO
examples for combined hydrodynamic and chemical/biological process studies
(Sect. 1.2.4) and, finally, introduces the structure of the SEDYMO program (2002–2006)
and its sub-projects (Sect. 1.2.5).

1.2.2 Sediment- and Pollutant-Related Processes

In Table 1.3 the major processes influencing the cycling of contaminants in aquatic sys-
tems are arranged according to the primary research disciplines involved, and pollutant
phase (dissolved or particulate). Sediment bioturbation is a process in which benthic fauna
contributes to the mixing and resuspension of different sediment layers. Bioturbation
stimulates many of the characteristic interactions between chemistry and biology and
between chemistry and photo-degradation. Biological activity is involved in physical
cycling of particulate matter both in the water column and at the sediment/water inter-
face. Organic excretions may produce fecal pellets and may enhance aggregation and
thus accelerate the settling of particles. There are well-documented effects of rework-
ing and resuspension of sediments by benthic organisms such as tubificid worms, but
also by amphipods, shrimps, and clams. Bioturbation is a major post-sedimentation
process, affecting the fate of particle-associated toxic metals and persistent organic
chemicals, which are not primarily affected by volatilization, photolysis or bio- and
photo-degradation (Allan 1986). In fluvial systems, the cycling of pollutants is domi-
nated by the processes of resuspension, settling and the burial of particulate matter.

System of Interacting Natural Processes in Rivers

Due to their particular dynamics, three characteristic features of sedimentary processes
in rivers should receive special attention:

� The dramatic effects of flood events on particle transport,
� the rapid and far-reaching effects of sulfide oxidation, and
� the biological accumulation and potential release of toxic compounds.

In practice, emphasis has to be put on the role of fine-grained sediments and sus-
pended matter, since these materials exhibit large surface areas and high sorption
capacities. Organic materials are highly reactive. Degradation of organic matter will
cause depletion of oxygen and may enhance formation of flocs and biofilms.

Within the system of substrates and processes, three scientific disciplines and three
study objects can be discerned from Table 1.3: suspended matter, sediment and porewater/
bulk water; the formation of aggregates in turbulent water, flocs and biofilms from bio-
logical transformations; and the formation of new surfaces for re-adsorption of dissolved
pollutants. The main focus is on the degradation of organic matter, which affects both
hydrodynamic processes – here erosion vs. sedimentation – and (bio)geochemical redox
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cycles. The crucial question, after all possible interactions between both existing and newly
formed solid and dissolved phases, leads to the net release of dissolved organic carbon
(DOC), nutrients and pollutants, including metals, into the open water.

1.2.3 Interdisciplinary Approach

Figure 1.4 reflects the basic concept of the coordinated research program “Fine Sedi-
ment Dynamics and Pollutant Mobility in Rivers”. An interdisciplinary approach has
been derived from an evaluation of the state-of-the-art technology with three major
themes: “experimental techniques”, “processes and properties”, and “development and
validation of models”.

Experimental Techniques

The quantification of flow rates, including the transport of particle aggregates, micro-
organisms as well as dissolved and adsorbed substances, needs an integration of vari-
ous experimental and modeling techniques for the determination of hydrodynamical,
chemical and (micro)biological parameters. In these fields, research at various institu-
tions has led to new perceptions and a working hypothesis, which allow quantification
of the above-mentioned relocation and flocculation/aggregation processes. The devel-
opment of new systems can be based on the following research work:

� Clarification of the correlation between mineralogical, microbiological and pore
water parameters in erosion devices with the precise control of bottom hydrody-
namics (Amos et al. 1992; Booij et al. 1994; Wiltshire et al. 1998).

� Determination of the dependence of erosion stability on consolidation and mechani-
cal properties of bottom sediments, including biogenic stabilization by microor-
ganisms (Spork 1997; Tolhurst et al. 2002).

� Studies on the types of aggregates in the water column under (a) turbulent,
(b) oscillating and (c) slowly cyclic variable (tidal) flow (Perkins et al. 2004).

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach
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� Investigations of the erosion and deposition behavior of particles and the respec-
tive vertical mass fluxes in different hydrodynamic flow field simulators, such as
erosion chambers, erosion flumes, differential turbulence columns, etc.(Gust and
Müller 1997; Porter et al. 2004)

Processes and Properties

The second main topic comprises the micro-biological and geochemical studies, which
are needed as a basis for the evaluation of priority pollutants relative to quality stan-
dards for sediments and suspended matter. The biological sub-projects are mainly aimed
at investigating the quantity and quality of particulate and dissolved organic substances,
their microbial metabolism using various electron acceptors, and the role of biofilms
and colloids on the behavior of pollutants in sedimentary systems. The major objec-
tives of the geochemical sub-projects are realistic descriptions of nutrient and pollutant
transfer from the particulate into dissolved phases (pore water and open water body);
the dynamic and subsequent micro-scale heterogeneity of material dispersion within
the sediment; and the diffusive transfer of pollutants across the sediment/water inter-
face. Most of the micro- and mesoscale geochemical information will be used in the
development of models.

Riverine flocs have a complex composition and may be dynamic in both structure
and function due to manifold interactive processes which operate between various
physical, chemical and biological factors. Most flocculated natural aquatic sediments
commonly have a living and active biological component in conjunction with inor-
ganic and non-living biological particles. Flocculation alters the hydrodynamics of
particles and therefore influences the fate and effect of sediment-associated contami-
nants. In a review of these processes, Droppo et al. (1997) suggest that fibrils consist-
ing of extracellular polymers are the dominant agent for both the development and
stabilization of flocculated materials. This does not exclude electrochemical floccula-
tion completely, but rather it appears to be less significant than the biological floccu-
lation in natural systems.

Fig. 1.4.
Scientific disciplines and study
areas in a priority research
program of the German
Federal Ministry of Education
and Research, 2002–2006, on
sediment dynamics and
pollutant mobility in rivers
(SEDYMO)
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Biofilms

Biofilms are very heterogenous. They consist of various microorganisms, which de-
velop on various surfaces under multiple conditions (Characklis 1990). In many natu-
ral cases, mineral surfaces are at least partially covered by a biofilm. Dissolved sub-
stances will thus cross this biofilm first and be possibly sorbed there before they reach
the original mineral surface (Chap. 9).

The sorption properties of the insulating layer are, therefore, of importance for the
dissolved and the sorbed state of pollutants (Flemming et al. 1995; Flemming and Leis
2002). Active binding occurs through the excretion of binding-, chelating- or precipi-
tation-cell products in response to the presence of the dissolved substance. In addition,
active transport systems may allow the uptake of (e.g.,) metal ions into the cytoplasm.
Metal binding by bacterial surfaces is considered largely as a passive phenomenon within
the process of electrostatic interaction between cationic metals and anionic cell sur-
face groups (Flemming and Leis 2002). In the presence of metabolic activity, however,
microorganisms can bring about metal precipitation indirectly through the produc-
tion of inorganic ligands, such as, sulfide and phosphate among others and directly by
changing metal redox state, e.g., oxidation of reduced iron.

Colloids

In the transport of pollutants in surface, subsurface and porewater of soils and sedi-
ments, the colloidal phase, often defined as particles between 0.001 µm and 1 µm, can
play a major role due to their high specific surface area and high mobility (Buffle and
Leppard 1995). From the available data, it appears that sub-micron particles in oxygen-
ated river water mainly consist of organic matter (fulvics, humics, polysaccharides, pro-
teins), silica, iron oxyhydroxides and possibly small clay particles. While representing
only a small fraction (<10%) of the total particle mass, their number increases with
decreasing particle size (Buffle and Van Leeuwen 1992), and thus represent a consider-
able portion of the overall surface area available for interaction with pollutants. There
are indications that pollutants bound to colloids can increase toxicity in aquatic sys-
tems (Vignati et al. 2005).

Key questions are the mobility of colloidal particles and hence their stability against
aggregation and capture by larger flocs and the colloid-pollutant interaction, which
can significantly differ between different colloidal phases (e.g., iron-oxide colloids and
natural organic matter, NOM). Other points of interest are colloidal particle release
from sediments and pore water, and generation by aquatic biota. The colloidal part of
the NOM seems to play a mayor role in fresh water due to its high mobility. One key
observation to understand the behavior of inorganic colloids was reported by Wilkinson
et al. (1999) where the aquatic organic matter (mainly polysaccharides) promoted ag-
gregation of inorganic colloids, while soil-derived organic matter stabilized the inor-
ganic colloids against aggregation. Hence not only the general water chemistry as a
whole plays a mayor role but also the origin of NOM can change colloidal behavior.
Today a thorough quantitative investigation of the role of different colloidal carriers
for pollutant transport on the river scale is still rare (Vignati et al. 2005). This is mainly

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach
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due to the lack of suitable methods to quantify the colloidal particles and the pollut-
ants associated with them. On a routine basis, sequential filtration is often applied to
quantify colloidal components and although it is comparably easy to perform it is prone
to artifacts (Morrison and Benoit 2004). Also the choice of cut-off diameters and mo-
lecular weights seems to be arbitrary and complicates comparisons (Babiarz et al. 2001;
Vignati et al. 2005; Rostad and Leenheer 1997; Wen et al. 1999). Studies applying ad-
vanced methods for colloid analysis are tedious (Lyven et al. 2003; Lead et al. 2005;
Lead and Wilkinson 2006) and therefore limited in their application in terms of tem-
poral and spatial extension. Hence the available data is often only a snapshot, from
which it is difficult to derive information about processes. Recently Lyven et al. (2003)
identified colloids in the size range between 1 and 10 nm in diameter in a small Swed-
ish creek. While iron (and many other main and trace metals) were found to be asso-
ciated with carbon-rich colloids (NOM), it was also present with larger colloids (5 nm)
of potential inorganic origin. Lead was mainly bound to this second fraction. Investi-
gations of Baalousha et al. (2006) on the river Loire confirmed the absence of lead in
the carbon-dominated fraction. Stolpe et al. (2004) sampled the same Swedish creek
under different seasonal conditions and the qualitative partitioning of lead seems to
be unaffected. This points out the need for investigations which account for the con-
tinuum-like size distribution of aquatic colloids, as well as the further development,
harmonization and validation of methodologies.

Sensor Techniques

Micro-electrodes are useful tools for high spatial resolution assessment of relevant
parameter distributions in the immediate vicinity of micro-organisms. For example,
the development of a microbial biosensor now allows micro-scale determination of
the bio-available fraction of organic carbon in sediments and bio-films (Neudörfer
and Meyer-Reil 1997). Considerable progress in the simulation of metabolic processes
in sediments has been made possible through the development of particle-oriented
sensor techniques, e.g., by the Max Planck Institute for Marine Biology in Bremen
(Jørgensen 1994). Apart from glass-based micro-electrodes for measuring oxygen
(Glud et al. 1998), hydrogen sulfide (Kühl et al. 1999) and carbon dioxide (De Beer
et al. 1997), there are fiber-optical sensors (optodes) for measuring the time-decay of
analyte-specific fluorescence receptors of dissolved substances such as oxygen, ni-
trate, nitrite and ammonia. This allows an analysis on a micro-scale, e.g., at the sedi-
ment-water interface (Kühl et al. 1997).

A new photo-acoustic sensor was developed for in-situ and online concentration
monitoring of aromatic substances in water (Mohacsi et al. 2001). Selective detection
is accomplished by transferring the analyte of interest into the gas phase through a
permeable membrane. Unlike the conventional approach, where sampling and detec-
tion units are separated, here the membrane is inserted directly into the central part
of the photo-acoustic resonator, thereby eliminating the need for various gas-handling
components and purging gases. In this way, the system becomes simpler, more com-
pact, has a response time of 40 min and a potential for fully automated operation. The
use of a near-IR (1.67 µm) diode laser coupled to the PA cell by an optical fiber yields
detection limits of 350 µg (for benzene) and 1.1 mg (for toluene) per liter of water.
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When placed directly into water wells or sediments, the proposed sensor can serve as
a warning system for long-term automatic observations.

A fiber-optic sensor system for the online detection of heavy metal ions in water
was presented by Prestel et al. 2000 and Zhang et al. 2000. This is based on the laser-
induced fluorescence spectroscopy of suitable metal-ligand complexes. The sensor
system is designed to measure heavy metal ions in the field. Flow injection analysis
(FIA) is coupled with the sensor system to overcome problems associated with the
slow diffusion rates of heavy metals through the membrane of an in-situ sensor head.
First experiments have shown that the new FIA system has good reproducibility, a high
sample analysis rate and that one can measure heavy metal ions (Cu(II), Ni(II), Cd(II)
and Zn(II)) at the ppb level, if the appropriate ligands are used.

Pore Water Studies

The composition of pore water is a highly sensitive indicator for reactions between
chemicals on solid substrates and the aqueous phase which contacts them. It must be
remembered that the chemical composition of the pore water is controlled primarily
by microbial processes working at significantly higher spatial resolution. High resolu-
tion techniques applied to pore water studies contain among other microsensor stud-
ies (see above). Experiments have clearly demonstrated that the surface structure of the
sediment plays a key role for the advective oxygen transport (e.g., Huettel et al. 1998).

The turn-over of other redox sensitive elements has turned out to be more difficult
to analyze and the results less clear in their interpretation. (Hydr)oxides of iron(III)
and manganese(III,IV) are recognized to be very important sinks of pollutants as well
as quantitative important electron acceptors in anoxic sediments. The pore water con-
centration of Fe2+ and Mn2+ correspond to a very small fraction of the total iron and
manganese in sediments and extreme analytical care must be taken using traditional
analytical approaches. Direct measurements of the transition metals include voltammetric
assessment (Nuester and Larsen) and sampling the metals in gels after diffusive equi-
librium has been obtained (Davison, see Sect. 8.1).

Given the fact that most processes involving sediment particles and pore water are fast
and that the concentrations merely reflects partial equilibria concentrations the concen-
trations alone tell very little about the actual rates of turn-over in sediments and transport
of over the sediment-water interface. Various methods have been developed for the quan-
tification of rates based on radio tracers and stable isotopes (Elsgaard and Jørgensen 1992).

For instance, the rates of sulfate reduction and the turn-over of electron donors like
volatile fatty acids can be directly measured using radiotracer techniques. Incubating
sediments (e.g. , cores or slurries) added radio labeled reactants allow after measuring
the partitioning of the radio tracer between product and reactant as well as the reac-
tant concentration a direct quantification of the turn-over rates (Cranfield et al. 1993).
Using landers incubation of deep-sea sediments under in-situ conditions is even pos-
sible (Greef et al. 1998).

In riverine sediments advective transport plays a large role and the transport regime
may in the estuaries change direction and force within few hours. Hence, technology can
be transferred from the extensive marine experimental basis but most techniques must
be adopted in order to function satisfactorily in rivers (Larsen, Sect. 8.1 in this book).

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach
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Development and Validation of Models

Analytical and numerical models are indispensable for both connecting and integrat-
ing the interdisciplinary study of individual processes and for transferring the results
of laboratory experiments to natural aquatic systems, where processes take place on
extremely variable spatial and temporal scales.

Numerical models can be applied to schematize and simulate physical, chemical
and biological processes:

� Transport and reaction modeling, considering advective, dispersive and diffusive
transport mechanisms as well as ad- and desorption processes (e.g., CoTReM;
Landenberger 1998).

� Hydrodynamic (Johnson and Tezduyar 1997; Boivin et al. 1998; Ling et al. 1998),
statistical (Lick et al. 1992) and/or stochastic (Hesse and Tory 1996) models operat-
ing on the particle level are best suited for the study of fine-scale aggregation/segre-
gation processes and, in addition, may include biological and chemical processes.

� Macroscale long-term simulation can only be performed using 1- or 2-D model ap-
proaches (including particle-tracking models (Wollschläger 1996)) due to limited
computing capabilities.

� Three dimensional continuum-models (Le Normant et al. 1998; Malcherek 1995 and
2001) are particularly efficient for locally concentrated emissions and for conduct-
ing short to medium-term simulations.

Available material transport models are still restricted mainly to the description of
transport and dispersion processes of suspended sediments as well as dissolved and
particulate substances. The hydrodynamic interactions between turbulent flow with
suspended and bottom sediment are still not totally resolved and process descriptions
and numerical simulations of biological and chemical influences on particles and pollut-
ants, especially in the near bottom-zone – are still in an early stage of development.

Diversity and uncertainty complicate the determination and parameterization of
bio-chemical parameters affecting binding in heterogeneous systems. Sorption sites
have variable affinity for the adsorbents and there is highly variable solubility of the
amorphous solid phase. In particular, for describing the transport of inorganic and or-
ganic substances, high priority has to be given to the effects of competing adsorption
and replacement desorption; here, the influence of dissolved organic matter (DOM) on
sorption processes has not adequately been considered as yet. It was shown that DOM can
reduce the sorption of hydrophobic organic pollutants due to complex formation (Rebhun
et al. 1996), but it seems that the strength of complex binding is substance-specific (Amiri
et al. 2005) and therefore of different significance for sorption modeling.

Modeling Hydrodynamic and Biogeochemical Data

The calculation of equilibrium speciation in aqueous systems, using computer pro-
grams like MINEQL (Westall et al. 1976) or PHREEQC (Parkhurst 1995), requires the
exact knowledge of the formation constants of all species under consideration as well
as the total mass of some selected components which are derived from chemical analy-
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ses. Imprecision may arise from uncertainties in experimental parameter determina-
tion as well as from inconsistencies in published data, sometimes differing by orders of
magnitude. These effects are particularly apparent in heterogeneous systems such as
sediment and suspended matter.

Models for predicting pollutant transport in rivers are dominated by hydromechani-
cal parameters, including bio-chemical terms using constant distribution coefficients
(Table 1.4, Kern 1997). A first step for extending these models involves consideration
of typical ecosystem factors such as competing ions, complexing agents, redox condi-
tions and pH values when metals are considered. The next level of sophistication would
be the inclusion of binding constants, solubility products and other factors, which can
describe solid/solution interactions of critical chemicals in a multi-component system.
An quantum step would extend the mechanical-chemical model into biology. Such bio-
chemical multi-component models should at least consider rates of growth and decay
of organisms and organic matter.

1.2.4 Pre-SEDYMO Integrated Process Studies

First integrated process studies on sediment dynamics and pollutant mobility in river
sediments date back to a coordinated research project of the German Research Council
“Interactions between abiotic and biotic processes in the tidal Elbe River” (1986–1996;
Kausch and Michaelis 1996). This included:

� studies on the temporal and spatial fluctuations of suspended matter discharges via
sound ranging, which provide data on the fractioning and remixing of solids in
various stages of tidal river flow (Seibt-Winckler and Schirmer 1996);

� model development on the hydrodynamics of suspended matter, allowing simula-
tion of three-dimensional transport (including interstitial scenarios) and variable
bottom topographies in the tidal Elbe River (Rolinski 1997);

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach
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� studies of the increased enzymatic activities on suspended matter, and the depen-
dence of microbial inhibition on the sediment load (Neumann-Hensel and Ahlf 1995);

� investigations on exopolymeric substances, which both provide highly sorptive
matrices for particulate/dissolved substances and may induce stabilization of ag-
gregates (Kies 1995; Humann 1995);

� the mutually influencing groups of variables – such as “driving forces” (C-, N-, S-,
Fe/Mn-cycles) and capacity controlling properties of the solid matrix – for the re-
distribution of trace elements (Hong 1995; Förstner 1996; Petersen et al. 1996).

Two experimental devices, the suspension cell, consisting of a thermostatic bioreactor
with a 3 liter water volume in a gas cycle, and the LABOratory SImulation Apparatus
(LABOSI), where six sediment cores can be inserted and processed at the sediment-
water interface, were developed by the GKSS Research Centre in Geesthacht (Petersen
et al. 1995). In his dissertation, Hennies (1997) provided detailed insights on the ex-
change processes at the sediment/water boundary layer and on the release of previ-
ously accumulated individual substances during biological degradation of phytoplank-
ton in the water column. Suspension cell experiments demonstrated the effect of typi-
cal estuarine conditions, i.e. light deficiency, increasing salinity, on the decay of limnic
algae during a vegetation period. About 30–50% of the particle-bound copper, cad-
mium, zinc and lead was remobilized, presumably due to interactions with organic
matter. Using the LABOSI apparatus in which up to six sediment cores are in contact
with laminar water flow in a close water cycle (Schroeder et al. 1992); Hennies (1997)
showed that pore water transfer of chemicals in the upper 1 cm sediment layer is con-
trolled by molecular diffusion and benthic activity. In the deeper sediment advection
along voids caused by methane gas dominates.

SETEG Flume Experiments – Hydrodynamic vs. Chemical/Biological Stability
in Sediment Core Profiles

Since 1994, a sequence of individual projects was carried out at the Institute of Hydrau-
lic Engineering at the University of Stuttgart, combining channel experiments and field
studies on the lock-regulated Neckar River in Southern Germany (Westrich and Kern
1996). At a later stage, the experiments were performed on layered sediments at differ-
ent flow velocities (Westrich and Kern 1996). Transport equations involving terms for
convection and longitudinal dispersion, and information on either sedimentation or
erosion were combined with a set of equations including data on adsorption and de-
sorption, pollutant degradation and evaporation. With regard to pollutant transport,
the actual model is more or less based on a simple Kd-approach. This involves the
assumption of a uniform distribution coefficient for each pollutant, disregarding the
specific conditions of the liquid and solid phases. Further developments are mainly
aimed at overcoming the limitations which result from this gross simplification.

Using this model of Westrich and Kern (1996), the hazard potential arising from
resuspension of contaminated sediments can be estimated from the product of hy-
draulic mobilization and chemical mobilization (Fig. 1.5). Mobility is the net result of
stabilizing and mobilizing effects in both sectors. For example, hydraulic mobility can
be assessed by measuring sediment coverage, critical shear stress and the bottom shear
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stress. Geochemical mobility, e.g., for heavy metals, can be estimated from solubility
and desorption data, which may, however, be strongly influenced by changes in the
chemical milieu. For heavy metals, acidity plays a dominant role, and protons may be
produced from the oxidation of metal sulfides.

At this time, major deficiencies were identified in biological information. Boxes in
Fig. 1.5 indicate typical examples for biological implications both for stabilizing and
mobilizing sediments and their associated pollutants. Biofilms, for example, will stabilize
sediment deposits mechanically. However, some of their exopolymers may become effec-
tive as complexing agents for the mobilization of heavy metals. With regard to organic
pollutants, biological degradation can be considered as a stabilizing effect, when degrada-
tion reaches its completion. However, it is possible that metabolic reactions will produce
more mobile and toxic intermediates than the original pollutant. In many cases, biofilms
will provide a temporary sink for sorbed pollutants which will turn into a source when
either the sediment which supports the biofilms is disrupted by high shear forces or if
nutrient depletion leads to biofilm decomposition. As a consequence, sorbed substances
which are not fully degraded or non-degradable (e.g., metals) will be remobilized.

Simulating Natural Hydrodynamics and Behavior of Organic Contaminants
with a Differential-Turbulence Column

The Differential-Turbulence Column was developed at Cornell University in the frame-
work of a Ph.D. thesis by Brett Brunk (1995) and was initially used to simulate the
homogeneous turbulent kinetic energy and sediment-loading profiles for open chan-

Fig. 1.5. Physical and chemical factors for contaminated sediment mobility assessment (after Westrich
and Kern 1996)
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nel flow (Brunk et al. 1996). The reactor consists of five vertically spaced grids, which
oscillate to simulate turbulence in natural hydrodynamic systems. The spatial distri-
bution of turbulence is measured using an acoustic Doppler velocimeter. In-situ sam-
pling can be made by introducing chemicals and monitoring chemical dynamics. Un-
der homogeneous and open channel flow turbulent conditions, sediment profiles ob-
tained in the differential-turbulence column accurately followed conventional theory
(Brunk et al. 1996).

Using this device, Brunk et al. (1997) studied the enhancement of sorption of phenan-
threne to particles in an estuary, since certain locations had been reported to be sinks
for hydrophobic pollutants, and sorption has been commonly considered to be an
important mechanism for the observed pollutant trapping. The sorption enhancement
caused by ‘salinity effects’ and dissolved organic matter (DOM) coatings were both
measured and modeled. The polycyclic aromatic compound phenathrene, an extracel-
lular polymer from a soil bacterial isolate, and a low organic carbon kaolinite were
used respectively as models for the hydrophobic pollutant, DOM, and for suspended
sediment. Both salinity effects and DOM coatings induced increased sorption, the
former ~50%, the latter ~10%. These experiments showed, that equilibrium sorption
of phenanthrene cannot explain the full extent of pollutant trapping in estuaries. It
seems that some sediment-bound phenanthrene, perhaps associated with atmospheric
soot particles, may not be available for an aqueous phase equilibrium distribution.

‘Microcosm’ Experiments – Metal Transfer during Sediment Resuspension
in Rivers and Estuaries

Due to the capacity of sediments to store and immobilize toxic chemicals in so-called
‘chemical sinks’, direct effects of pollution may not be directly manifested. This posi-
tive function of sediments does not guarantee, however, that the chemicals are safely
stored for ever. Factors influencing the storage capacity of sediments or the bio-avail-
ability of the stored chemical can change and indirectly cause sudden and often unex-
pected mobilization of chemicals in the environment (Stigliani 1988). From the discus-
sions on the ‘Chemical Time Bomb’ (CTB) concept during the early 1990s, it became
apparent, that it is imperative to know what sediment properties will control the toxic-
ity levels of a chemical and how sensitive the chemical toxicity is to changes of these
properties. Acidity, as suggested by Stigliani (1991), is the most important driving force
in chemical time bomb effects. In river sediments, acidity can be produced from the
process ‘split of sulfate’ (Van Breemen 1987): During organic degradation, iron sulfide
and calcium bicarbonate are formed and the latter is removed with running water. The
(solid) acid producing potential can come into action during resuspension and oxida-
tion. With each cycle of deposition and erosion, a certain proportion of buffer capacity
in the sediment is consumed. In cases when buffer substance – mainly calcium carbon-
ate – is no longer available, a breakthrough of acidity and heavy metals can be expected
(Förstner 1995).

In a project funded by the German Research Foundation (Förstner and Gust 1996),
resuspension experiments on cohesive harbor sediments at defined shear stress and
related parameters was undertaken using an erosion chamber device (‘microcosm’).
The principle operational settings of the erosion chamber designed by Gust (1991) are
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chosen to generate a spatially homogenous skin friction at the sediment surface. This
is achieved (i) by the variable rotational speed of a stirring disk placed 8 cm over the
sediment-water interface, and (ii) by the volume of recirculated suspension sucked
concurrently through the rotating axis. The resulting suspension is monitored on-line
in the concentration range 0–20 g l–1 by using an infrared two-channel turbidity meter
and a mass flow meter. Concentration is indicative of the phase with erosion/deposi-
tion cycles. Investigations on the release of trace metals from model sediments by
Akkiparambath (1999) revealed four typical effects:

1. during the simulation of skin friction velocity over tidal cycles, the initially resus-
pended particles of organic bottom sediment typically exhibit higher concentra-
tions of copper and cadmium compared to the subsequent resuspension phases.

2. an increase in erosion stability was realized in a sequence of resuspension events. As
a result, a decrease of metal mobilization by resuspension took place, particularly in
organic-rich model sediments.

3. during the resuspension experiments with model sediments with close-to-real sedi-
ment composition, an increase in inorganic carbon was observed. This was accom-
panied by a decrease of dissolved calcium. This result suggested that the precipita-
tion of calcium carbonate occurred.

4. During oxidation of sulfide components, i.e. during resuspension of anoxic sediments,
the carbonate content steadily decreased. Oxidation of ammonia to nitrate during a
batch experiment using artificial sediments, induced a drastic pH decrease and re-
sulted in a continuous increase of dissolved cadmium concentrations during three re-
dox cycles.

In Fig. 1.6, results are presented from a microcosm experiment by Fengler et al. (1999)
on the release of calcium and cadmium from a poorly buffered harbor sediment from
the Elbe River at Hamburg during an erosion period of more than 1 000 hours. There
is a significant difference in the metal release at later stages – after approx. 500 hours
depending on whether there was bottom sediment or not. In the former situation, there
is practically no pH change and no metal release from the resuspended sediment. This
can be explained by an ongoing supply of buffer capacity.

The sequence of factors and processes controlling cadmium mobility has been clari-
fied by Peiffer (1997). Cadmium is relatively mobile and is affected by exchange pro-
cesses with calcium. In the case of a well-buffered neutral sediment, the addition of

Fig. 1.6.
Mobilization of calcium and
cadmium in resuspension
experiments with poorly
buffered harbor sediment
from the Elbe River at
Hamburg. Open signature: no
bottom sediment; full
signature: with bottom
sediment (Fengler et al. 1999)
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oxygen leads to the oxidation of sulfides, ammonia and organic matter. Acidity, in the
form of carbonic acid and protons, is then consumed within the system with matrix-
bound Cd2+ by the dissolution of calcium carbonate and the exchange of released Ca2+

and protons. Further input of protons is provided from the oxidation of Fe(II) to Fe(III),
which then mediates further oxidation of iron sulfides. It is important to note that the
exchange of calcium (or magnesium) is the major mechanism for the release of cad-
mium into the water phase in such buffered systems.

At this stage, the cause of observed delayed changes in pH and metal release was not
fully resolved. Reports of such effects date back as far as the mid-eighties. Interference
with microbial activity (Prause et al. 1985) seems to provide more probable explana-
tions than inorganic complexation following slow oxidation (Salomons et al. 1987).

1.2.5 Sedymo Priority Program 2002–2006

The approaches used to understand sediment-contaminant mobility and resuspension-
deposition tend to be either (i) detailed laboratory simulation and/or analytical ex-
periments, (ii) field-based measurement programs, or (iii) numerical and/or GIS-based
modeling approaches. The three types of approach offer different but complementary
information (Owens and Petticrew 2006).

On the basis of the concept outlined in Sect. 1.2.2, a proposal for an interdisciplinary
research project on sediment processes was initiated in 1999. During discussions con-
cerned with the new EU water directive and with sediment removal by hydraulic dredging
– a highly controversial issue on a national level – the theme of interacting sediment
processes included also practical aspects. The resulting coordinated research program
comprising 13 sub-projects is funded by the Federal Ministry of Education and Research
(BMBF); the first seven sub-projects (nos. 1/13, 2, 3, 5, 14, 18b in Fig. 1.7; see also Table 1.5)
started in May 2002; Phase 2, comprising six projects (7, 8, 10, 11, 15, and 19 in Fig. 1.7)
started in May 2004. A short description of the 13 sub-projects was presented in a pre-
conference overview of the International Sedymo Symposium, held at Hamburg Univer-
sity of Technology, March 26–29, 2006 (Förstner and Westrich 2005). Sections represent-
ing contributions of SEDYMO sub-projects in the present book are listed in Table 1.5.

In the center of the first phase was the optimization and application of devices for
the study of erosion behavior, i.e., sub-project nos. 1, 2 and 3 (Fig. 1.7), and the devel-
opment and validation of sediment transport models (sub-projects nos. 13 and 14 in
Fig. 1.7). The second phase added the sub-projects focusing on chemical and biologi-
cal parameters that control the mobility and transport of river sediments and their
pollutants. Of particular interest were several subjects studying the potential function
and influence of biofilms, such as extracellular polymeric substances (EPS), on sedi-
ment stability and pollutant mobility. Sub-project 19 aims at a better understanding of
the relationship between key bio-chemical processes and bio-availability of contami-
nants; the toxicity and chemical data of sediment and water samples were studied under
different spatial and temporal conditions along the Elbe River (Sect. 10.2).

In the sense of the three types of approaches for understanding sediment-contami-
nant mobility mentioned above (Owens and Petticrew 2006), the first enables specific
controlling factors to be isolated and examined. Typical Sedymo examples are the sub-
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Fig. 1.7. Structure of the SEDYMO program. 13 sub-projects are involved in the coordinated research
project 2002–2006

projects no. 1 (SETEG flume) and no. 2 (turbulence column), the latter closely cooper-
ating with sub-project 8, where the main physico-chemical factors determining the
resuspension and deposition behavior of fine sediments was studied. Similar coopera-
tion between the sub-projects no. 10 (metal transfer processes) and no. 15 (sorption of
hydrophobic organic pollutants) was based on Gust’s ‘erosion chamber’ (sub-project 3).

The second (‘ii’), field-based approach provides a more realistic assessment of con-
ditions within a river, often at larger spatial scales; as an example, the combined work
of sub-projects no. 3 (erosion chamber plus field devices) and no. 11 (phosphorus re- and
immobilization) shows the difference in sediment-associated phosphorus entrainment
rates between laboratory experiments and in-situ studies at the Spree River (Sect. 6.4).

With regard to the third (‘iii’) approach, modeling often uses the information and
understanding obtained from the previous two approaches to develop numerical models
and to extrapolate over time and space. This is demonstrated through the validation
of the numerical model in sub-project 14 with the laboratory data from sub-project 2
and the two sub-projects no. 1 and no. 13 of Westrich’s research group. The relative
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close contact to practice of this approach is shown from the involvement of sub-
project 13 in the Iffezheim barrage case (Sect. 4.3; case study ‘Upper Rhine’ in Sect. 2.3
and from the cooperation of sub-project 14 with the Hamburg Port Authority (Sect. 4.4).

References

Akkiparambath A (1999) Investigations on Metal Mobilization from Sediments under Conditions Close
to Nature (in German). Diploma Thesis Technical School Hamburg. 194 p

Allan RJ (1986) The Role of Particulate Matter in the Fate of Contaminants in Aquatic Ecosystems.
National Water Research Institute, Scientific Series no. 142, 128 p. Burlington: Canada Centre for
Inland Waters

Amiri F, Börnick H, Worch E (2005) Sorption of phenols onto sandy aquifer material: the effect of dis-
solved organic matter (DOM). Water Res 39:933–941

Amos CC, Daborn GR, Christian HA, Atkinson A, Robertson A (1992) In-situ erosion measurements of
fine-grained sediments from the Bay of Fundy. Mar Geol 108:175–196



31

Baalousha M, v d Kammer F, Motelica-Heino M, Baborowski M, Hofmeister C, Le Coustumer P (2006)
Size-based speciation of natural colloidal particles by flow field flow fractionation, inductively coupled
plasma-mass spectroscopy, and transmission electron microscopy/X-ray energy dispersive spec-
troscopy: Colloids-trace element interaction. Environ Sci Technol 40:2156–2162

Babiarz CL, Hurley JP, Hoffman SR, Andren AW, Shafer MM, Armstrong DE (2001) Partitioning of total
mercury and methylmercury to the colloidal phase in freshwaters. Environ Sci Technol 35:4773–4782

Boivin M, Simonin O, Squires KD (1998) Direct numerical simulation of turbulence modulation by
particles in isotropic turbulence. J Fluid Mech 375:235–263

Booij K, Sundby B, Helder W (1994) Measuring flux of oxygen to a muddy sediment with a cylindrical
microcosm. Neth J Sea Res 32:1–11

Brunk BK, Jirka GH, Lion LW (1997) Effects of salinity changes and the formation of dissolved organic
matter coatings on the sorption of phenanthrene: Implications for pollutant trapping in estuaries.
Environ Sci Technol 31:119–125

Brunk BK, Weber-Shirk M, Jensen-Lavan A, Jirka GH, Lion LW (1996) Modeling natural hydrodynamic
systems with a differential-turbulence column. J Hydraulic Engin July 1996:373–380

Buffle J, Leppard GG (1995) Characterization of aquatic colloids and macromolecules. 1. Structure and
behaviour of colloidal material. Environ Sci Technol 29:2169–2175

Buffle J, Van Leeuwen HP (1992) Foreword. In: Buffle J, Van Leeuwen HP (eds) Environmental Particles.
Lewis Publ. Chelsea Mich

Characklis WG (1990) Biofilm processes. In: Characklis WG, Marshall KC (eds) Biofilms. John Wiley,
New York, pp 195–232

Canfield DE, Jørgensen BB, Fossing H, Glud R, Gundersen J, Ramsing NB, Thamdrup B, Hansen JW,
Nielsen LP, Hall POJ (1993) Pathways of organic carbon oxidation in three continental margin sedi-
ments. Mar Geol 113:27–40

De Beer D, Glud A, Epping E, Kühl M (1997) A fast responding CO2 microelectrode for profiling sedi-
ments, microbial mats and biofilms. Limnol Oceanog 43:1590–1600

Droppo IG, Leppard GG, Flannigan DT, Liss SN (1997) The freshwater floc: A functional relationship of
water and organic and inorganic floc constituents affecting suspended sediment properties. Water
Air Soil Pollut 99:43–54

Elsgaard L, Jørgensen BB (1992) Anoxic transformations of radiolabeled hydrogen sulfide in marine
and freshwater sediments. Geochim Cosmochim Acta 56:2425–2435

Fengler G, Förstner U, Gust G (1999) Verification experiments on delayed metal release from sediments
using a hydrodynamically controlled erosion apparatus (in German). Abstract Annual Meeting
German Society of Water Chemistry, Regensburg, pp 240–243

Flemming H-C, Leis A (2002) Sorption properties of biofilms. In: Flemming H-C (ed) Biofilms. In:
Bitton G (ed) Encyclopedia of Environmental Microbiology vol. 5:2958–2967

Flemming H-C, Schmitt J, Marshall KC (1995) Sorption properties of biofilms. In: Calmano W, Förstner
U (eds) Sediments and Toxic Substances. Springer-Verlag, Berlin, pp 115–157

Förstner U (1984) Effects of salinity on the metal sorption onto organic particulate matter. In: Laane
DN, Wolff WJ (eds) The Role of Organic Matter in the Wadden Sea. Neth J Sea Res 10/84:195–209

Förstner U (1995) Non-linear release of metals from aquatic sediments. In: Salomons W, Stigliani WM
(eds) Biogeodynamics of pollutants in soils and sediments – risk assessment of delayed and non-
linear responses. Springer-Verlag, Berlin, pp 247–307

Förstner U (1996) Solutes/solids interaction of metals in estuaries (keynote lecture). In: Kausch H, Michaelis
W (eds) Particulate Matter in River and Estuaries. Arch Hydrobiol Spec Issues Advanc Limnol 47:271–287

Förstner U, Gust G (1996) Development and Verification of a Model for Heavy Metal Transfer from
Close-to-Nature Mobilized Aquatic Sediments (in German). Proposal to the German Research Foun-
dation (DFG), Project FO 95/26-1 (Feb 1, 1997 until Jan 31, 1999)

Glud RN, Santegoeds CM, Beer DD, Kohls O, Ramsing NB (1998) Oxygen dynamics at the base of a
biofilm studied with planar optodes. Aquat Microbiol Ecol 114:223–233

Greef O, Glud RN, Gundersen JK, Holby O, Jørgensen, BB (1998) A benthic lander for tracer studies in
the sea bed: in situ measurements of sulfate reduction. Contin Shelf Res 18:1581–1594

Gust G (1976) Observations on turbulent drag reduction in a dilute suspension of clay in sea water. J
Fluid Mech 75:29–47

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach



32 Chapter 1  ·  Introduction

Gust G (1991) Fluid velocity measurement instrument. U.S. Patent no. 4,986,122
Gust G, Müller V (1997) Interfacial hydrodynamics and entrainment functions of currently used ero-

sion devices. In: Burt N, Parker R, Watts J (eds) Cohesive Sediments. John Wiley & Sons, Chichester,
pp 149–174

Hennies K (1997) Biogeochemical Process Studies on the Transport Behavior of Trace Elements in the Tidal
Elbe River (in German) Dissertation Hamburg University of Technology, Hamburg-Harburg, 288 p

Hesse CH, Tory EM (1996) The stochastics of sedimentation. Adv Fluid Mech 7:199–240
Hong J (1995) Characteristics and Mobilization of Heavy Metals in Anoxic Sediments of the Elbe River

during Resuspension/Oxidation. Doctoral Thesis at Hamburg University of Technology, Hamburg-
Harburg, 157 p

Humann K (1995) The Influence of Microphytobenthos on Sediment Stability and Formation of Sus-
pended Particulate Matter from Sediments of the Elbe River Estuary (in German). Doctoral Thesis,
University of Hamburg

Huettel M, Ziebis W, Forster S, Luther GW (1998) Advective transport affecting metal and nutrient dis-
tribution and interfacial fluxes in permeable sediments. Geochim Cosmochim Acta 62:613–631

Johnson AA, Tezduyar TE (1997) 3D simulation of fluid-particle interactions with the number of par-
ticles reaching 100. Comput. Meth Appl Mech Eng 145:301–321

Jørgensen BB (1994) Diffusion processes and boundary layer processes in microbial mats. In: Stal LJ,
Caumette P (eds) Microbial Mats – Structure, Development and Environmental Significance. Sprin-
ger Verlag, Berlin, pp 243–253

Kausch H, Michaelis W (eds, 1996) Suspended Particulate Matter in Rivers and Estuaries. Advances in
Limnology 47. Schweizerbart’sche Verlagsbuchhandlung (Nägele u. Obermiller), Stuttgart, 573 p

Kern U (1997) Transport of Suspended Matter and Pollutants in Lock-regulated River – Example of
Neckar River (in German). Dissertation University of Stuttgart

Kies L (1995) Algal snow and the contribution of algae to suspended particulate matter in the Elbe
Estuary. In: Wiessner W, Schnepf E, Starr R (eds) Algae, Environment and Human Affairs. Biopress,
Bristol, pp 93–121

Kühl M, Lassen C, Revsbech NP (1997) A simple light meter for measurements of PAR (400 to 700 nm)
with fiberoptic microprobes: application for P vs E0 (PAR) measurements in a microbial mat. Aquat
Microbial Ecol 13:197–207

Kühl M, Steuckart C, Eickert G, Jeroschewski P (1999) A H2S microsensor for profiling biofilms and
sediments: Application in an acidic lake sediment. Aquatic Microbial Ecol 15:201–209

Landenberger H (1998) CoTReM – A Multicomponent Transport- and Reaction Model (in German).
Department of Geosciences, Section of Geochemistry and Hydrogeology, University of Bremen, 142 p

Lead JR, Wilkinson KJ (2006) Aquatic colloids and nanoparticles: Current knowledge and future trends.
Environ Chem 2006(3):159–171

Lead JR, Muirhead D, Gibson CT (2005) Characterization of freshwater natural aquatic colloids by atomic
force microscopy (AFM). Environ Sci Technol 39:6930–6936

Le Normant C, Peltier E, Teisson C (1998) Three dimensional modelling of cohesive sediment transport
in estuaries. In: Dronkers J, Scheffers MBAM (eds) Physics of Estuaries and Coastal Seas. AA Baklema
Publ, Rotterdam, pp 65–72

Lick W, Lick J, Ziegler CK (1992) Flocculation and its effect on the vertical transport of fine-grained
sediments. In: Hart BT, Sly PG (eds) Sediment/Water Interactions V. Kluwer Academic Publ,
Dordrecht, pp 1–16

Ling W, Chung JN, Troutt TR, Crowe CT (1998) Direct numerical simulation of a three-dimensional
temporal mixing layer with particle dispersion. J Fluid Mech 358:61–85

Lyven B, Hassellov M, Turner DR, Haraldsson C, Andersson K (2003) Competition between iron- and
carbon-based colloidal carriers for trace metals in a freshwater assessed using flow field-flow frac-
tionation coupled to ICPMS. Geochim Cosmochim Acta 67:3791–3802

Malcherek A (1995) Mathematical Modeling of Hydraulic Flow and Transport Processes in Estuaries
(in German). Doctoral Thesis at the Institute of Fluid Mechanics and Electronic Computation in
Civil Engineering. University of Hannover, Report no. 44

Malcherek A (2001) Hydromechanik der Fließgewässer (in German). Habilitation at the Institute of Fluid
Mechanics and Electronic Computation in Civil Engineering. University of Hannover, Report no. 61



33

Mohacsi A, Bozoki Z, Niessner R (2001) Direct diffusion sampling-based photoacoustic cell for in situ
and on-line monitoring of benzene and toluene concentrations in water. Sensors and Actuators
B79(2–3):127–131

Morrison MA, Benoit G (2004) Investigation of conventional membrane and tangential flow ultrafiltra-
tion artifacts and their application to the characterization of freshwater colloids. Environ Sci Technol
38:6817–6823

Neudörfer F, Meyer-Reil L-A (1997) A microbial biosensor for the microscale measurement of bioavailable
organic carbon in oxic sediments. Mar Ecol Prog Ser 147:295–300

Neumann-Hensel H, Ahlf W (1995) Fate and effect of copper and cadmium in a sediment-water system
and effect on chitin degrading bacteria. Acta Hydrochim Hydrobiol 23:72–75

Owens PhN, Petticrew EL (2006) Sediment dynamics and pollutant mobility in river basins – Sedymo
2006 Symposium, Hamburg University of Technology, Germany, 26–29 March 2006. J Soils and Sedi-
ments 6(2):122–124

Parkhurst DL, Appelo CAJ (1999) User’s guide to PHREEQC (Version 2) – a computer program for
speciation, batch-reaction, one-dimensional transport and inverse geochemical calculations. Wat
Resour Invest US Geol Surv Report 99–4259

Peiffer S (1997) Environmental Geochemical Significance of Formation and Oxidation of Pyrite in Aquatic
Sediments (in German). Bayreuth Forum Ecology vol. 47, University of Bayreuth, 105 p

Perkins RG, Sun H, Watson J, Player MA, Gust G, Paterson DM (2004) In-line laser holography and video
analysis of eroded floc from engineered and estuarine sediments. Environ Sci Technol 38:4640–4648

Petersen W, Hong J, Willamowski C, Wallmann K (1996): Release of trace contaminants during reoxidation
of anoxic sediment slurries in oxic water. In: Kausch H, Michaelis W (eds) Particulate Matter in
River and Estuaries. Arch Hydrobiol Spec Issues Advanc Limnol 47:295–305

Petersen W, Wallmann K, Li P, Schroeder F, Knauth H-D (1995) Exchange of trace elements at the sedi-
ment-water interface during early diagenesis processes. Mar Freshwater Res 46:19–26

Porter ET, Sanford LP, Gust G, Porter FS (2004) Combined water-column mixing and benthic bound-
ary-layer flow in mesocosms: key for realistic benthic-pelagic coupling studies. Mar Ecol Prog Ser
217:43–60

Prause B, Rehm E, Schulz-Baldes M (1985) The remobilisation of Pb and Cd from contaminated dredged
soil after dumping in the marine environment. Environ Technol Lett 6:261–266

Prestel H, Gahr A, Niessner R (2000) Detection of heavy metals in water by fluorescence spectroscopy:
On the way to a suitable sensor system. Fresenius J Anal Chem 368 (2–3):182–191

Rebhun M, De Smedt F, Rwetabula J (1996) Dissolved humic substances for remediation of sites con-
taminated by organic pollutants. Binding-desorption model predictions. Water Res 30:2027–2038

Rolinski S (1997) On the Dynamics of Suspended Particulate Matter in the Tidal Elbe River – Numerical
Simulation Using a Lagrangean Procedure (in German). Doctoral Thesis, University of Hamburg,
Reports of the Center of Marine and Climate Research no. 25, 117 p

Rostad CE, Leenheer JA (1997) Organic carbon and nitrogen content associated with colloids and sus-
pended particulates from the Mississippi River and some of its tributaries. Environ Sci Technol
31:3218–3225

Salomons W, de Rooij NM, Kerdijk H, Bril J (1987) Sediments as a source for contaminants. In: Thomas
RL, Evans R, Hamilton A, Munawar M, Reynoldson T, Sadar H (eds) Ecological Effects of In Situ
Sediment Contaminant. Hydrobiologia 149:13–30

Schroeder F, Klages D, Blöcker G, Vajen-Finnern H, Knauth H-D (1992) The application of a laboratory
apparatus for the study of nutrient fluxes between sediment and water. Hydrobiol 235/236:545–552

Seibt-Winckler A, Schirmer F (1996) Measurements with a three frequency echo sounder for the detec-
tion of suspended matter in a river estuary. In: Kausch H, Michaelis W (eds) Particulate Matter in
River and Estuaries. Arch Hydrobiol Spec Issues Advanc Limnol 47:497–506

Spork V (1997) Erosion Behavior of Fine-Grained Sediments and Their Biogenic Stabilisation (in Ger-
man). Communications of the Institute for Hydraulics and Water Management, RWTH Aachen, vol. 114

Stigliani WM (1988) Changes in the values ‘capacities’ of soils and sediments as indicators of nonlinear
and time-delayed environmental effects. Environ Monit Assessm 10:245–307

Stigliani WM (1991) Chemical Time Bombs: Definition, Concepts, and Examples. Executive Report 16
(CTB Basic Document). IIASA Laxenburg

1.2  ·  Sediment- and Pollutant-Related Processes – Interdisciplinary Approach



34 Chapter 1  ·  Introduction

Stolpe B, Hassellöv M, Andersson K, Turner DR (2005) High resolution ICPMS as an on-line detector for
Flow Field-Flow Fractionation; multi-element determination of colloidal size distributions in a natural
water sample. Analytica Chimica Acta 535:109–121

Tolhurst TJ, Gust G, Paterson DM (2002) The influence of an extracellular polymeric substance (EPS)
on cohesive sediment stability. In: Winterwerp JC, Kranenburg C (eds) Fine Sediment Dynamics in
the Marine Environment. Proceedings in Marine Science 5:409–425

Van Breemen N (1983) Acidification and alkalinization of soils. Plant and Soil 75:283–308
Vignati DAL, Dworak T, Ferrari B, Koukal B, Loizeau J-L, Minouflet M, Camusso MI, Polesello S, Do-

minik J (2005) Assessment of the gochemical role of colloids and their impact on contaminant toxic-
ity in freshwaters: An example from the Lambro-Po system (Italy). Environ Sci Technol 39:489–497

Wen LS, Santschi PH, Paternostro C, Gill G (1999) Estuarine trace metal distributions in Galveston Bay
I: Importance of colloidal forms in the speciation of the dissolved phase. Mar Chem 63:185–212

Westall JC, Zachary JL, Morel FMM (1976) MINEQL: A compact program for the calculation of chemi-
cal equilibrium composition of aqueous systems. R.M. Parsons Lab Techn Note no. 18. MIT, Cam-
bridge, Mass

Westrich B, Kern U (1996) Mobility of Contaminants in the Sediments of Lock-Regulated Rivers – Field
Experiments in the Lock Reservoir Lauffen, Modeling and Estimation of the Remobilisation Risk of
Older Sediment Deposits (in German). Final Report no. 96/23, Institute for Hydraulics, University
of Stuttgart, 186 p

Wiltshire K, Tolhurst T, Paterson DM, Davidson I, Gust G (1998) Pigment fingerprints as markers of
erosion and changes in cohesive sediment surface properties in simulated and natural erosion events.
In: Black KS, Paterson DM, Cramp A (eds) Sedimentary Processes in the Intertidal Zone. Geological
Society London, Spec Publ 139:99–114

Wilkinson KJ, Balnois E, Leppard GG, Buffle J (1999) Characteristic features of major components of
freshwater organic matter revealed by transmission electron and atomic force microscopy. Colloids
Surf A 1999, 155:287–310

Wollschläger A (1996) A Random-Walk-Model for Heavy Metal Particles in Natural Waters (in Ger-
man). Doctoral Thesis at the Institute for Flow Mechanics and Electronic Computation in Civil
Engineering, University of Hannover, Report no. 49

Zhang J, Prestel H, Gahr A, Niessner R (2000) Development of a flow injection analysis (FIA) system for
the measurement of heavy metals using a fiber optic chemical sensor based on laser-induced fluo-
rescence. Proc Inter Soc Optical Engineering, 4077 Sensors and Control Techniques, pp 32–39



Chapter 2

Bernhard Westrich

2.1 Hydrodynamics and Sustainable Sediment Management

2.1.1 Introduction

Sediments play an important role in river engineering and water resources manage-
ment. In the past, many rivers in developed countries have been engineered by training
and regulation works for navigation, hydropower generation and flood protection. In
the past decades, municipal and industrial wastewater discharge and various diffusive
sources from agriculture have caused a widespread contamination of river sediments
by heavy metals, organic toxicants and agrochemicals. Meanwhile, many historically
contaminated sites in rivers are localized and identified as a severe latent hazard for
the river ecosystem (see Sect. 1.1.3). Most of the contaminated sites have been detected
in low flowing water bodies which are either permanently or temporarily connected to
the main river channel such as near bank groyne fields in waterways or harbors, river
dead arms, flood plains and last not least flood retention reservoirs (Fig. 2.1). Many
deposits are most likely to be resuspended and transported over a long distance by
extreme discharges causing contamination of not yet polluted surface water bodies
and unpolluted soils subject to flooding.

High discharges in rivers may cause the mobilization of contaminants deposited in
such low flowing zones of river channels. The recent flood events in the river Odra in
1997, river Rhine in 1999 and river Elbe in 2002 have illustrated not only the devastat-
ing power of floods by damaging hydraulic structures and breaching dams but also the
enormous erosion capacity of flowing water associated with the mobilization, trans-
port and partial deposition of contaminated sediments in tidal harbors, estuaries and
coastal areas. The precautionary as well as the nondeterioration principle calls for the
development and implementation of an integrated sediment management aiming to
reduce the risk of contaminated sediment mobilization and their impact on the envi-
ronment according to the EU water framework directive.

Integrated Risk Assessment

Sustainable sediment management aims to reduce the risk of adverse impact and eco-
logical damage by sediment associated toxicants and to improve the ecological status
of surface water bodies. A comprehensive risk assessment, which is an essential contri-
bution to the challenging task, requires an interdisciplinary approach to cope with the
interacting physical, chemical and biological processes occurring on extremely differ-

Managing River Sediments
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ent space and time scale (Kern 1997). Management strategies must include river engi-
neering issues, and environmental problems and economic aspects on the local, re-
gional and river basin scale (Carlon et al. 2000). Contaminated sediments deposited in
groyne fields, harbors and water reservoirs can be mobilized in many ways, for in-
stance by floods, maintenance dredging, partial or total emptying of reservoirs, revi-
sion or technical inspection of structures. After resuspension, fine sediments are mostly
transported over long distances through the whole river system while simultaneously
various other processes occur, such as mixing, dilution and loading by tributaries, frac-
tional sedimentation, pollutants repartitioning as well as chemical and biological trans-
formation and degradation.

Beside the quantitative aspects of sediment transport, such as river bed stabilization,
habitat improvement, flood protection and navigation, the mobility and transport behav-
ior of sediment bound contaminants and nutrients are emerging key issues of vital im-
portance to future sediment management and surface water quality improvement.

Contaminant immission at a downstream site in terms of concentration and load
depends on the catchment characteristics and the hydrological situation such as

� location and connectivity of contaminated sites in the catchment
� actual hydraulic conditions in the river channel network
� in-situ toxicity and total amount of contaminants mobilized upstream.

Floods play a dominant role in sediment erosion risk assessment because of their
extreme erosion and transport capacity. Hence, there is a high probability that histori-

Fig. 2.1. Sources, sinks and pathways of contaminants in a large river basin
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cally contaminated sediments in deeper layers can be resuspended and transported
through the river basin to the estuarine and coastal waters. Another key factor is the
sediment erosion stability because it controls the mobility and contaminant mass flux
and hence the initial conditions for the subsequent transboundary transport process
(Fig. 2.2). The site specific relationship between discharge, bed shear stress and sedi-
ment mass flux can be completely described by hydraulic modeling. Discharge statis-
tics are directly transformed by hydrodynamics into bed shear stress statistics. Finally,
erosion probability results from the convolution of the probability density function of
the hydrodynamic bed shear stress and the sediment specific erosion resistance.

After the exploration of polluted sites and their contaminant inventory, a risk analy-
sis must be performed to quantify the risk index R as the product of erosion probabil-
ity and environmental damage or impact (Carlon et al. 2000).

Numerical exposure models are useful tools to describe the pathway and fate of
mobilized contaminants and aim to quantify the spatial and temporal distribution of
dissolved and particulate substances in the water column and the river bed as well, and
to identify sedimentation zones in the river system (Baart et al. 2001).

Numerical modeling allows us to integrate different results and experience from
engineering and natural science, and to simulate processes differing by some orders of
magnitude both in space and time (Kern 1997). Individual scenario modeling pro-

Fig. 2.2. Catchment related integrated sediment management concept
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vides data on the intensity and duration of exposure and, with statistical input data,
they deliver information on exposure duration and frequency causing accumulation of
deposited pollutants which can be used for a statistically based effect model (de Zwart
2005; Öberg and Bergbäck 2005).

The application of a contaminated sediment transport model requires a compre-
hensive data base including hydrological, morphological and sedimentological data as
well as chemical and biological data to cover sorption, transformation and degradation
processes. However, the complex effects of biofilms on sorption and biodegradation pro-
cesses in a riverine environment cannot yet be modeled satisfactory (Flemming, this vol.).

In addition to the hydrological probability aspect, uncertainties in the model con-
cept, model parameters and accuracy of the input data must be considered to account
for the uncertainty of the exposure model results. Hence, the uncertainty of calculated
immission data and the risk index R (Fig. 2.3) of course is significantly affected by the

� model type, deterministic/stochastic approach, dimensionality
� spatial and temporal resolution required, processes implemented
� number of hazardous sites involved
� quality of data about in-situ contaminants
� pathway and tributaries between emission and immission site
� physical and in particular, biochemical processes involved
� data base for model calibration and validation.

Fig. 2.3. Exposure modeling for site specific risk index evaluation
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Based on the numerical results, an emission or immission related site specific risk index
Ri,k can be obtained by evaluating the impact of each emission site, marked by the index i,
to a defined immission site or vise versa, by ranking the immission load of an individually
considered site at risk, expressed by the index k. The matrix enables an optional ranking of
the damage potential of contaminated sites as well as for receiving water bodies or flooding
areas at risk. Both ranking figures provide useful information for remediation planning.

The ecotoxicological aspects of a comprehensive risk analysis can be supported and
substantially improved by using effect models which allow us to describe the dose/effect
relationship, e.g., by application of Artificial Neural Network (Lek and Guegan 2000) or
Fuzzy Logic approach (Ahlf, this vol.). The exposure model can, of course, be used for a
risk reduction analysis investigating the effect of alternative remediation measures. A risk
based sustainable sediment management strategy must, of course, try to find a source
oriented solution instead of an end of pipe solution. Hence, the source related risk index
is of first priority. After a cost-benefit evaluation a prioritization of remediation action
can be performed as a rational basis for the decision on a cost effective solution for sedi-
ment improvement.

Experimental Methods

Because of the great variety of river characteristics, water chemistry, quality and biol-
ogy it is evident that the sediment stability is very site specific and subject to seasonal
variation (Paterson 1997). Therefore, experimental results cannot be transferred di-
rectly from one site to another. Because of a lack of a conclusive generic description of
cohesive sediment erosion processes, experimental investigations on undisturbed sedi-
ments either in the laboratory or the field seem to be indispensable to gain site and
river specific data (Lick et al. 1994; Zreik et al. 1998).

Sediment erosion stability controls not only the onset and source strength of par-
ticle mass flux but also the flux of the dissolved and colloidal components associated
with the pore water. Immediately after erosion larger aggregates are exposed to strong
turbulent shear forces disrupting the eroded lumps and generating new reactive sur-
face for the exchange and transfer of adsorbed pollutants (Worch, this vol.). During
the hydraulic transport, concentrations, grain size spectrum and most probably the
chemical and biological milieu condition will also change and hence reactions and
interactions between the particulate and dissolved phase accordingly.

To investigate some key processes with regard to fine sediment mobility and par-
ticulate contaminant behavior specific experimental equipment has been developed
and applied as follows (Fig. 2.4):

� SETEG system: Depth profile of erosion threshold and erosion rate in a pressurized
channel, sediment testing area 150 cm2, bed shear stress up to 25 N m–2, sediment
core length up to 150 cm (Witt and Westrich 2003)

� Differential Turbulence Column: Concentration profile of different particle fractions,
flocculation, desorption and remobilization of sediment bound contaminants, pol-
lutants partitioning (Kühn, this vol.)

� Mesocosm: Erosion, sedimentation cycles under tidal like conditions, sorption pro-
cess under controlled chemical conditions in the water column (Gust, this vol.)

2.1  ·  Hydrodynamics and Sustainable Sediment Management
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Complementary sediment stability tests can be performed to quantify scale effects of
erosion and hence to facilitate the up-scaling of experimental laboratory data to the field
and to compare laboratory data with in-situ measurements (Westrich and Förstner 2005).

� Box Sampler: Erosion tests in a flume, sediment testing area 30 × 70 cm2, sediment
depth 28 cm, maximum bed shear stress 20 N m–2.

� EROMOB: Mobile in situ erosion testing equipment; sediment testing area
30 × 70 cm2, maximum bed shear stress 10 N m–2 (Westrich and Schmid 2004)

Both instruments have a testing area ten times larger than the abovementioned
SETEG equipment. The intercomparison of the abovementioned erosion testing meth-
ods with the inclusion of other methods like the CSM method (de Deckere et al. 2002)
or the in-situ flume (Debnath et al. 2006) has not yet been concluded.

Experimental investigations have been performed using two parallel undisturbed
sediment samples from the same spot with the aim of providing sediment depth pro-
files with a resolution of about 2 cm as follows:

� one sediment sample is used for erosion profiling after physical properties profiling
such as grain size, bulk density, water and gas content,

� the other sample is used for chemical and biological parameter profiling.

For practical application it is advisable to restrict the analytical effort on sediment
exploration and to model the erosion process by using a limited number of variables
representing a significant percentage of the total variance of the sediment parameters.

A comprehensive indepth investigation was conducted to identify and quantify the rel-
evant parameters by multivariate statistical analysis in order to find a relationship between
sediment erosion behavior and measurable sediment properties (Gerbersdorf et al. 2005).

Fig. 2.4. Experimental techniques for investigating contaminated sediment stability and suspended
particle/turbulent flow interaction
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Spatial Variability of Sediments

Beside the physical properties, contaminated sediments exhibit a great spatial variabil-
ity not only in the horizontal but also in the vertical direction which mainly indicates
the history of the pollution. The deposition pattern reflects the spatial and temporal
variation of the flow field. Fine reactive sediments with a fall velocity of the order of
magnitude of some 10–4 m s–1 can only be found in zones where, for some time, the
local bed shear stress was below the critical value of sedimentation to build up a cer-
tain sediment layer thickness which was protected by overlaying sediments or could
withstand due to its erosion resistance. Because of the variation in discharge, suspended
sediment inflow and river water pollution, large gradients of sediment properties can
be detected only by a respectively high vertical resolution of a few centimeters. The
critical erosion shear stress may change by a factor of 3 within sediment layers of 5 to
10 cm as shown in Fig. 2.5a, 5c and 5d for different sites.

Particulate contaminant profiles are not simply correlated to a single sediment
parameter profile. Therefore, mobilization modeling must refer to depth profile data
of both the sediment erodibility parameter and the contamination to ensure that the
depth dependent contaminant source strength is captured by the model.

Fig. 2.5. Depth profile of sediment erosion parameters and particulate HCB content of Upper Rhine
reservoirs (Westrich and Witt 2004)
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With a sufficiently high number and spatial density of sediment samples a
geostatistical analysis is advisable in order to improve the reliability of the model input
data, to enhance the efficiency of sediment monitoring and to reduce the costs of
maintenance dredging (Winkler and Stein 1997). In the case of a poor data base of
sediment properties and contaminant inventory, simple interpolation and extrapola-
tion can be applied which, of course, increases the uncertainty of the model output.

Apart from the variability of the critical shear stress the sediment samples from
Marckolsheim, Strasbourg an Iffezheim (Fig. 2.5b, 5c and 5d) are typical for contami-
nated sites in river reservoirs as they illustrate the high spatial variability of the con-
tamination of organic toxicants, e.g., Hexachlorobenzene (HCB). Similar large gradi-
ents of grain size, bulk density and gas content were also detected. Depth profiles of
neighboring samples always exhibit some small difference, known as the nugget effect,
in the semi-variogram (Asselmann 1997), which must be considered when combining
erosion and biochemical measurements of two sediment cores. The large micro- and
mesoscale heterogeneity of sediment parameters underlines the necessity of a high
spatial resolution of samples for reducing the uncertainty of model input data.

Freshly deposited fluffy sediments show a small timeindependent erosion rate of
some 10–6 kg m–2 s–1, whereas consolidated sediments exhibit a linear progression of
initial erosion rate caused by enhancing the erosive potential of the local disturbance
of turbulent boundary layer (Witt and Westrich 2004). This phenomenon illustrates
the difficulty of defining the erosion rate from smallscale laboratory experiments and
for transferring the data to nature or to numerical models.

2.1.2 Contaminant Transport Modeling

Physically based numerical models have proven to be powerful tools for describing the
pathway and fate of contaminants in surface water and hence the relationship between
emission and immission (Onishi 1981). Moreover, predictive numerical transport mod-
els are used to anticipate the environmental impact of hydrological mobilization sce-
narios and to analyze the effect of optional remediation measures as well. They pro-
vide necessary information for assessing alternative riskreducing measures and esti-
mating their efficiency. The model choice depends on the objective and the require-
ments in terms of spatial and temporal resolution and accuracy. Calibration and vali-
dation of contaminant transport models is a crucial task because of lack of appropriate
data, especially on sorption processes and biochemical transformation.

The aim is to quantify the concentration field of dissolved and particulate pollut-
ants in the water body and to describe the areas subject to temporary or permanent
contaminant deposition. Focusing on transport in river channels, the hydrodynamic
model must be supplied directly by discharge data from gauging stations or by a hy-
drological catchment model. Deep water bodies like estuaries and tidal harbors very
often require 3-D flow and transport modeling (Ditschke, this vol.). In contrast, many
transport processes in lowland rivers can be described by depth averaged flow veloci-
ties and suspended sediment concentrations with 2-D models. Assuming fully mixed
conditions, 1-dimensional advection/dispersion models can be applied to investigate
large scale far field transport and long term processes.
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Input Data Base

Beside the hydrological, hydraulic and sediment data for the hydrodynamic model part,
the sorption parameters of the reactive particle fraction must be available in a data
base for the description of the interaction between the aqueous and solid phase. A
comprehensive data base must include information on different subjects, such as the
following:

� discharge statistics at gauging stations
� river network, channel bathymetry
� digital terrain model of the flood plains
� hydraulic structures, location and operation
� suspended sediment concentration
� grain size/fall velocity spectrum of suspended matter
� fall velocity and sorption parameter of contaminated fraction
� site specific erosion threshold and erosion rate parameters
� sediment and pollutant specific sorption parameter
� biochemical degradation parameter

Model input data are of varying quality with respect to accuracy and density in
space and time. Statistical information should be available, such as expected value and
statistical variance, especially for chemical and biological parameters, to perform a
sensitivity analysis and to facilitate an uncertainty assessment. Consistent field data of
extreme events are very poor and, as a result, hard data for contaminant transport
model calibration and validation and in particular model prediction are uncertain
(Karnahl, this vol.).

Coping with Uncertainties

There are various sources of uncertainties: uncertainty in the model concept, the model
parameters and the data itself. The impact of model parameter uncertainties on the
prediction of reservoir sediment erosion by floods has been investigated by Li (2004).
The boot strap method was applied to gain the mean value and statistical variance of
the critical shear stress and the erosion rate from the experimental data. The numeri-
cal analysis was performed with a 1-D model (Kern 1997) using the Monte Carlo method.
It reveals the predominant influence of the peak discharge and the flood duration. Re-
ferring to historical floods it has been shown that with a critical bed shear stress rang-
ing from 3.5 N m–2 ±0.5 N m–2 with a variance of 0.12 the eroded sediment volume was
higher when assuming spatially uncorrelated erosion data.

Sedimentation of fine suspended material is primarily dominated by the mean bed
shear stress, fall velocity and concentration of the contaminated fraction. Modeling
fractional sedimentation under natural conditions in flood plains is difficult and un-
certain because of the influence of roughness elements, like vegetation, on the near
bottom turbulence. However, in most cases, large flood plains show low flow velocities
and hence are a significant sink of contaminants as experienced by the Elbe flood in
August 2002.

2.1  ·  Hydrodynamics and Sustainable Sediment Management
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2.1.3 Case Study: Upper Rhine

Site Description

The lower six hydropower stations on the Upper Rhine, built in the years 1961 to 1977,
show a characteristic sedimentation pattern related to the individual layout of the hy-
dropower channel, the weir channel and the ship lock (Fig. 2.6). A sustainable sedi-
ment management must be established to keep the required freeboard of the embank-
ment for safety reasons and, in particular, to reduce the risk of erosion of highly con-
taminated sediments in deeper layers. The dynamic behavior of fine suspended sedi-
ments is very much controlled by the fact that the hydropower capacity is limited and,
in the case of a flood, the river discharge is split and the surplus is thereby directed to
the weirs which serve as a spillway. The operation rules are as follows:

� The discharge capacity of the hydropower station is QTurbine = 1 400 m3 s–1 and
1 100 m3 s–1. Most of time there is no discharge through the weir section except about
15 m3 s–1 for ecological purpose.

� If the river discharge exceeds 1 400 m3 s–1 and 1 100 m3 s–1 the surplus discharge, i.e.
the difference between QRiver and QTurbine, is directed to the weir channel.

� The headwater at the dam is kept at a constant level.

Study Objective

On the one hand, the main objective was to estimate the future risk of resuspension of
historically deposited contaminants, mainly Hexachlorobenzene (HCB) and, on the other
hand, to perform a retrospective analysis of the erosion and sedimentation of HCB
during the last flood in May 1999 during which a substantial amount of particulate
HCB was mobilized. The study was conducted using a 2-D numerical flow and trans-
port model (Jacoub, this vol.). Each of the six reservoirs was investigated to estimate
the HCB mass eroded and to quantify the cumulative contribution of the respective
reservoirs to the total particulate HCB load released to the Lower Rhine and monitored
at the German/Dutch border. Unfortunately, the pre-flood data of contaminated sedi-
ment zones were scarce. Water samples were taken only in front of the turbine section
at the lowest hydropower station Iffezheim (Fig. 2.6) during the flood event. The inflow
discharge hydrograph, the suspended sediment outflow concentration and the associ-
ated daily HCB load are given and used as boundary conditions (Fig. 2.7).

Since the flow velocities approaching the hydropower section are most of the time
high enough, no deposition of fine contaminated sediment fraction takes place whereas,
in the headwater of the weir section, the flow velocities are small to allow fractional
sedimentation except the short period of erosive flood event. At the beginning of the
rising hydrograph, fresh sediments can be deposited in the weir branch but shortly
afterwards they are resuspended together with older sediments and flushed through
the weirs. After the peak flow, when the flow velocities in the weir branch again be-
come small enough, the inflowing suspended sediments and particulate contaminants
start settling and remain deposited until the next flood event. Hence, the flood re-
moves the previously deposited sediment top layer of some 10 cm and causes an in-
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put of currently mobilized contaminants which are almost completely deposited in
the weir branch.

The reservoir Marckolsheim completed in 1961 was selected for an intensive field
investigation based on 25 sediment sampling spots to cover an estimated total con-
taminated area of about 54 × 103 m2. The spatial sampling density at Iffezheim was
12 samples representing a total area of 35 × 103 m2 whereas in the Straßburg reservoir
only 7 samples were taken of a total contaminated area of an estimated size of 23 × 103 m2.
Simple techniques were applied such as interpolation, total averaging under exclusion of
extreme values etc. to assign to each node of the computational mesh the required sedi-
ment parameters for critical erosion shear, erosion rate and particulate contaminant
concentration. The latter value was averaged over the erosion depth of some 12 cm result-
ing from the calibrated 2-D flow model. In the Upper Rhine reservoirs, the sediment bulk
density varied from 1.1 to 1.7 g cm–3, the critical erosion shear stress between 0.5 to
10 N m–2 and erosion rates between 10–3 and 10–5 kg m–2 s–1 were measured and used
for numerical modeling accordingly (Witt 2004; Jacoub and Westrich 2006).

Despite the extensive field investigation at Marckolsheim, the uncertainty of the
calculated eroded particulate HCB was unsurprisingly high. The main reason is the
lack of pre-flood data on sediments and the high spatial variability of sediments and
contaminants of the post-flood samples. The estimated HCB mass eroded during the
flood ranges from 2.4 to 17 kg (Table 2.1). The latter value is far beyond the ICPR (In-
ternational Commission for the Protection of the river Rhine) target value of 1.3 kg
referring to a maximum permissible sediment contamination of 40 µg kg–1 for HCB.

Fig. 2.6.
Layout scheme of two
representative Upper Rhine
reservoirs: Marckolsheim
(left) and Iffezheim (right)

Fig. 2.7.
Discharge hydrograph and
daily particulate HCB load
during the flood in May 1999
(BfG in Heise et al. 2004)
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Additional effort was spent on Iffezheim to present a detailed diagnosis of the trans-
port dynamics of different suspended sediment fraction during low flow periods and
in particular, during the flood from 5 to 30 May 1999 (Fig. 2.7). During low flow period
(QRhine < 1 500 m3 s–1), no inflow of particulate HCB was measured; however, fine sus-
pended particles can be transported by lateral dispersion into the left weir branch and
deposited at different rates according to the fractional fall velocity as shown in Fig. 2.8
for the grain size: 20 µm, 60 µm and 100 µm (SS20, SS60 and SS100). If the partial dis-
charge through the left branch exceeds about 1 500 m3 s–1, which corresponds to a total
river discharge of about 2 900 m3 s–1, erosion starts reaching a maximum at the flood
peak as depicted in Fig. 2.8 (lower right) and decreasing with falling hydrograph. The
numerical results reveal that the inflowing particulate HCB which was assumed to be
associated with the 60 µm sediment fraction starts settling after the beginning of the
closure of the weir.

Even though the HCB-concentration of the riverbed before the flood was unknown
and assumed to be zero, the numerical model results show good agreement when
comparing the calculated value of 220 µg kg–1 with the HCB contamination of
290 µg kg–1 measured in the years 2001 to 2003 and averaged over the erodible top
layer of about 10 cm.

According to the numerical results of the individual reservoirs investigated the total
mass of HCB mobilized during the flood in all six reservoirs amounts to some 61 kg,
which must be considered an underestimation because the computation was performed
with the erosion depth averaged contamination measured after the flood as mentioned
above (Table 2.2). It is also evident that the measured value of 145 kg HCB must be
considered too low because the sampling site in front of the turbine section on the right
hand side (Fig. 2.6) could not capture the sediments eroded in the weir channel. It rather
represents the fractional load of HCB through the hydropower branch at Iffezheim.

The results of the post-flood retrospective study on the transport dynamics of par-
ticulate HCB, in conjunction with the volume of sediments deposited in the subse-
quent 12 months, provide useful information for future sediment management and
contaminant mobilization risk assessment.
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The total amount of deposited sediments from 5 to 30 May 1999 was calculated to
be 140 000 m3 which is close to the averaged annual volume necessary for re-establish-
ing the original channel geometry by maintenance dredging. The good agreement of
the deposited sediment volume also confirms the computational results of the con-
taminated mass budget and hence the applicability of the contaminant transport model.

Fig. 2.8.
Numerical results of the
spatial distribution of the
deposition rates of three grain
size fractions at low river
discharge (Q = 1500 m3 s–1) and
erosion rates (lower right) at
flood peak (Q = 4 250 m3 s–1)
for the Iffezheim reservoir
(Jacoub 2004)

2.1  ·  Hydrodynamics and Sustainable Sediment Management
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2.1.4 Conclusions and Outlook

Experimental investigations of physical, chemical and biological parameters must be
performed to define erosion process, suspension and sedimentation of fine cohesive
sediments and their role in the transfer of dissolved and particulate contaminants.
However, the results need to be verified by field measurements.

Numerical models can considerably contribute to risk assessment by describing
the pathway and fate of contaminants from the emission to the immission site. Pre-
dictive models provide results to be used for the design and analysis of alternative
remediation measures and as basic information for further cost effective sediment
quality improvement.

References

Asselmann NEM (1997) Suspended sediment in the river Rhine, the impact of climate change on ero-
sion, transport and deposition ISBN 90-6809-254-5 (NGS)

Baart AC, Boon JG, Villars MT (2001) Generic model for contaminants (GEMCO), Z2725, Delft Hydrau-
lics, Delft

Boudreau BP (1997) Diagenetic models and their implementation. Modeling transport and reactions in
aquatic sediments, Springer-Verlag, Berlin

Carlon C, Norbiato C, Critto A, Marcomini A, (2000) Risk analysis applied to a contaminated site. Deter-
mination of risk based remedial targets. Ann Chim 90(5-6):349–358

Debnath K, Nokora V, Aberle J, Westrich B, Muste M (2006) Erosion of cohesive sediments: resuspen-
sion, bed load and erosion patterns from field experiments, to be published by Journal Hydraulic
Research, ASCE

De Deckere, EM, van der Waal P, Andree S (2002) A flume study on the effect of Corophium volutator on
the sediment stability. J Experimental Marine Biology and Ecology

De Zwart D (2005) Impact of toxicity on species, composition of aquatic communities: Concordance of
predictions and field observations, Netherlands National Institue for public helth and the Environ-
ment (RIVM)

Formica SJ, Baron JA, Thibodeaux LJ, Valsaraj KT (1988) PCB transport into lake sediments: conceptual
model and laboratory simulation. Environmental Sc. Technology, 22:1435–1440

Gerbersdorf S, Jancke T, Westrich B (2004) Physico-chemical and biological sediment properties deter-
mining erosion resistance of contaminated riverine sediments – Temporal and vertical pattern at
the Lauffen reservoir river Neckar, Germany. Limnologia 5:132–144

Haag I, Westrich B (2001) Erosion investigation and sediment quality measurements for a comprehensive
risk assessment of contaminated aquatic sediments. The Science of The Total Environment 266:249–257

Jacoub G (2004) Development of a 2-d numerical code of particulate contaminant transport in im-
pounded rivers and flood retention reservoirs. Institut für Wasserbau, Universität Stuttgart, Mit-
teilungen Heft 133

Jacoub G, Westrich B (2006) Modelling transport dynamics of contaminated sediments in the headwa-
ter of a hydropower plant at the Upper River Rhine. Acta Hydrochimica and Hydrobiologica 33(3)

Kern U (1997) Transport von Schweb – und Schadstoffen in staugeregelten Fließgewässern am Beispiel
des Neckars. Institut für Wasserbau, Universität Stuttgart, Mitteilungen, Heft 93, ISBN –3-921694-94-9
(in German)

Lek S, Guegan JF (2000) Artifical Neuronal Networks: application to ecology and evolution. Springer-Verlag
Li, Chien Chen (2004) Deterministisch-stochastisches Berechnungskonzept zur Beurteilung der Aus-

wirkungen erosiver Hochwasserereignisse in Flussstauhaltungen. Universität Stuttgart, Institut für
Wasserbau, Mitteilungen Heft 129



49

Lick W, Lick J, Ziegler CK (1994) The resuspension and transport of fine-grained sediments in Lake
Erie. J Great Lakes, vol. 20, pp 599–612

Öberg T, Bergbäck B (2005) A review of probabilistic risk assessment of contaminated land. J Soils and
Sediments 5(4):213–224

Onishi Y (1981) Sediment contaminant transport model. American Society of Civil Engineering. Jour-
nal of Hydraulic Division 107:1089–1107

Paterson DM (1997) Biological mediation of sediment erodibility: ecology and physical dynamics. In:
Burt N, Parker R, Watts J (eds) Cohesive Sediments. Wiley and Sons, pp 215–229

Westrich B, Förstner U (2005) Sediment dynamics and pollutant mobility in rivers (SEDYMO), assessing catch-
ment-wide emission–immission relationship from sediment studies. J Soil and Sediments 5(4):194–200

Westrich B, Schmid G, Entwicklung und Einsatz eines mobilen Gerätes zur in-situ Bestimmung der
Erosionsstabilität kontaminierter Feinsedimente. Institut für Wasserbau, Universität Stuttgart, Report
TB 2004/05-VA 49

Westrich B, Witt O (2004) Untersuchungen zum Resuspensionsrisiko von Sedimentablagerungen in
ausgewählten Staustufen des Rheingebiets. IKSR Report, Institut für Wasserbau, Universität Stuttgart
(in German, not published)

Winkler H, Stein A (1997) Optimal sampling for monitoring and dredging contaminated sediments.
International Conference on Contaminated Sediments, vol. II, pp 1019–1028

Witt O (2004) Erosionstabilität von Gewässersedimenten mit Auswirkungen auf den Stofftransport bei
Hochwasser am Beispiel ausgewählter Staustufen am Oberrhein. Institut für Wasserbau, Universität
Stuttgart, Mitteilungen Heft 127, ISBN 3-933761-30-1

Witt O, Westrich B (2003) Quantification of erosion rates for undisturbed cohesive sediment cores by
image analysis. Hydrobiologia 494 (1–3):271–276

Zreik DA, Krishnappan G, Germaine JT, Madson OS, Ladd C (1998) Erosional and mechanical Strength
of deposited cohesive sediments. Hydraulic Engineering 124:1076–1085

Bernhard Westrich  ·  Chen-Chien Li  ·  Dietrich Hammer  ·  Ulrich Förstner

2.2 Requirement on Sediment Data Quality –
Hydrodynamics and Pollutant Mobility in Rivers

2.2.1 Introduction

Three principal media can be used for aquatic monitoring: water, particulate matter
and living organisms. With respect to particulate matter, characteristics have been noted
such as: (1) good specificity to a given pollutant, (2) high sensitivity to low levels of
pollution, (3) medium to low sample contamination risk, (4) short (suspended matter)
or long to very long (deposited sediment) time span, respectively of information obtained.

The objectives of an assessment program for particulate matter quality can be (Tho-
mas and Meybeck 1992):

� to assess the present concentrations of substances including pollutants found in the
particulate matter and their variations in time and in space (basic surveys), particu-
larly when pollution cannot be accurately and definitely shown from water analysis;

� to estimate past pollution levels and events (e.g., for the last 100 years) from the
analysis of deposited sediments (environmental archive);

� to determine the direct or potential bioavailability of substances or pollutants dur-
ing the transport of particulate matter through rivers and reservoirs (bioavailability
assessment);

2.2  ·  Requirement on Sediment Data Quality – Hydrodynamics and Pollutant Mobility in Rivers
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� to determine the fluxes of substances and pollutants to major water bodies (i.e.,
regional seas, oceans) (flux monitoring); and

� to establish the trends in concentrations and fluxes of substances and pollutants
(trend monitoring).

The use of particulate matter as an assessment medium has several advantages, at
least compared to the water phase, mainly due to the high sensitivity to low levels of
pollution and the medium to low sample contamination risk. However, considering
the complex system of a large river basin, a closer look is necessary both with respect
to state-of-the-art of quality control and quality assurance in these water quality as-
sessment procedures (Sect. 2.2.3) and specifically to quality requirements in relation
to hydraulic sediment data (Sect. 2.2.4).

The European Water Framework Directive (WFD) monitoring objectives require
compliance checking with Environmental Quality Standards (EQS) but also the pro-
gressive reduction of pollution (Sect. 1.1.3). The no-deterioration clause implies that
trend studies should be foreseen for sediment and biota. However, compliance moni-
toring for sediment is not yet appropriate because of lack of the definition of valid
Environmental Quality Standards (EQSediment) in a European context, analytical limi-
tations and anticipated costs involved to obtain full spatial coverage (Anon 2004a, 2006).

Sediment trend monitoring may be both spatial and temporal, and may be related
to the chemical and ecological status of a water body. Sediment monitoring may also
play a part in risk-assessment (see Sect. 10.1).

In principle, it has been recognized that harmonization of sediment monitoring is
particularly relevant at a river basin level. In particular, technical issues such as sedi-
ment collection, sample treatment, sediment analysis and reporting results will have to
follow a common level of quality requirements. Major problem areas have been iden-
tified and discussed by the European thematic framework “Metropolis” (Metrology in
Support of Precautionary Sciences and Sustainable Development Policies; Anon. 2004b),
and comprise lack of representativeness, a high level of uncertainty, lack of metadata,
and lack of traceability.

The concept of traceability (Quevauviller 2002) implies that measurement data are
(1) linked to stated references (2) through an unbroken chain of comparison, (3) all
with stated uncertainties. In the following the implications of the traceability concept
for the quality control of sediment analysis will be demonstrated with special refer-
ence to the sampling of sediments (Sect. 2.2.2) and the combination of pollutant mo-
bility data (Sect. 2.2.3) and hydrodynamic information (Sect. 2.2.4) at the river basin
scale. In Sect. 10.1 “Quality assurance of ecotoxicological sediment analysis” these find-
ings were extended on the influences arising from biological factors.

2.2.2 Sediment Sampling

Natural sediment formed during weathering processes may be modified quite mark-
edly during transportation and deposition by chemicals of anthropogenic origin. Firstly,
it must be noted that anthropogenic chemicals may be scavenged by fine sediment
particles at any point from their origin to the final sink or their deposition. Secondly, to
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compute a geochemical mass balance for sediment-associated elements, it is impera-
tive to derive, by measurement, a mass balance for the sediment in the system under
evaluation.

To establish background levels of particulate matter composition, samples of bot-
tom sediment should be taken in the upper reaches of the river basin. The effects of
tributaries on the main river should be covered by sampling tributaries close to their
junction with the main river. In practice different levels of monitoring sophistication
can be distinguished (Table 2.3).

Study of Dated Sediment Cores

The study of dated sediment cores has proven particularly useful as it provides a his-
torical record of the various influences on the aquatic system by indicating both the
natural background levels and the man-induced accumulation of elements over an ex-
tended period of time. Marine and, in particular, lacustrine environments have the
ideal conditions necessary for the incorporation and permanent fixing of metals and
organic pollutants in sediments: reducing (anoxic) and non-turbulent environments,
steady deposition, and the presence of suitable, fine-grained mineral particles for pol-
lutant fixation. Various approaches to the dating of sedimentary profiles have been
used but the isotopic techniques, using 210Pb, 137Cs and 239+240Pu, have produced the
more unambiguous results and therefore have been the most successful (see review on
“Historical Monitoring” by Alderton 1985).

Sampling and Filtration of Suspended Matter

Suspended-sediment sampler fall into three general categories (Anonymous 1982;
Ongley and Blachford 1982; Horowitz 1991): (i) integrating samplers that accumulate a
water-sediment mixture over time, (ii) instantaneous samplers that trap a volume of
whole water by sealing the ends of a flow-through chamber, and (iii) pumping sam-
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plers that collect a whole-water sample by pump action. Integrating samplers usually
are preferred because they appear to obtain the most representative fluvial cross-sec-
tional samples. Cross-sectional spatial and temporal variations in suspended sediment
and associated trace elements and their causes are discussed by Horowitz (1991).

Filtration may be carried out under positive pressure or vacuum; excessive pressure
or vacuum should be avoided because this may cause rupture of algal cells and release
of their intracellular contents into the filtered sample (Hunt and Wilson 1986). Filters
having different structures, pore sizes, and composition are available (Brock 1983); the
effective pore size of depth filters – having a complex system of channels – changes as
the filter becomes more loaded with particles, whereas the effective pore size of screen
filters is not affected by filter loading (Apte et al. 2002). Filtration and ultrafiltration
can be used for size fractionation of aquatic particles, colloids, and macromolecules
(Buffle et al. 1992).

Uncertainties.  Handling of suspended sediments includes medium to high contami-
nation risk, similar to the sampling and processing of water samples. Beside problems
with filtration techniques (see above), it is important to minimize the time between
sample collection and filtration because adsorption/desorption reactions involving
particulates and bacterial activity can lead to changes in sample composition.

Handling, Preparation and Storage of Sediment Samples

A review of Mudroch and Azcue (1995) covers the major operations such as (i) measure-
ment of pH and Eh (including a detailed description of equipment and solutions used
in the measurements), (ii) subsampling for determination of cation exchange capacity,
(iii) subsampling under oxygen-free atmosphere, (iv) sample mixing and subsampling
into prepared containers and (v) sampling hazardous sediments and safety requirements.

Wet Samples

A general scheme for handling samples for tests and analyses on wet sediments is pre-
sented in Fig. 2.9 (Mudroch and Bourbonniere 1994). Samples for determination of
particle size-distribution should not be frozen but stored at 4 °C. Tightly sealed plastic
bags, glass jars, or other containers can be used to store samples prior to particle size
analyses. Sediments with a high iron content should be stored in air-tight containers to
avoid precipitation of iron oxides on particle surfaces and should be analyzed as soon
as possible after collection.

Sediment samples for geotechnical studies can be stored at 4 °C in a humidity-con-
trolled room, without any large changes in sediment properties for several months. Long
cores, such as those collected by piston coring, can be cut into lengths suitable for storage,
wrapped to preserve their original consistency, and stored in a refrigerated room.

Freezing has long been an acceptable preservation method for sediments collected
for the determination of organic and inorganic constituents. It has been shown that
rapid and deep-freezing can best maintain sample integrity and thus enable investiga-
tion for concentrations of contaminants. The lower the temperature of deep-freezing
the better: a temperature of –80 °C is the suggested maximum.
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Samples collected for investigations of benthic organisms are usually processed in
the field by wet sieving through different size sieves. If, for any reason, the samples
cannot be processed in the field, they should be stored at 4 °C in the dark and pro-
cessed in the laboratory as soon as possible.

Dry Sediment Sample Preparation

Handling operations of dry sediments include drying, sieving, grinding, mixing, and
homogenization. Three types of drying are commonly used to prepare solid samples
prior to analysis (Mudroch and Bourbonniere 1994):

� Air-drying is rarely used for the preparation of sediments for pollution studies, since
it may generate undesirable changes in sediment properties. For example, changes
in metal availability and complexation were shown for samples that were air-dried.

� Oven-drying of sediments is usually carried out on samples collected for the deter-
mination of inorganic components, such as major and trace elements. Oven-drying
is not acceptable for sediments which contain any volatile or oxidizable components,
whether they be organic or inorganic, and may contribute to the alteration of even
non-volatile organics.

� Freeze-drying can be used for drying sediments collected for the determination of
most organic pollutants as well as for analyses of inorganic components, such as the
major and trace elements. The principal advantages of freeze-drying for sediments
are (i) low temperatures avoid chemical changes in labile components, (ii) loss of
volatile constituents, including certain organic compounds, is minimized, (iii) most
particles of dried sediments remain dispersed, (iv) aggregation of the particles is
minimized, (v) sterility is maintained, and (vi) oxidation of various minerals or or-
ganic compounds is minimized or eliminated.

Fig. 2.9. Handling samples for tests and analyses on wet sediments (after Mudroch and Bourbonniere 1994)

2.2  ·  Requirement on Sediment Data Quality – Hydrodynamics and Pollutant Mobility in Rivers



54 Chapter 2  ·  Managing River Sediments

Anoxic Sediment Treatment

Anoxic sediment samples require different sampling preservation techniques such as
oxygen exclusion. Drying and freezing (also freeze-drying) of the samples should be
avoided for material designated for extraction procedures. If total analyses or strong
acid digestion is planned, the sediment is dried at 60 °C, crushed and stored; for mass
calculations, reweighing after drying at 105 °C may become necessary. For a more dif-
ferentiated approach, in particular for solid speciation studies on anaerobic samples,
the following pretreatment scheme was developed (Kersten and Förstner 1987):

� Samples were taken immediately from the center of the material (collected with a
grab or corer) with a polyethylene spoon, filled into a polyethylene bottle up to the
surface.

� Immediately after arriving at the laboratory, sediments were inserted into a glove
box prepared with an inert argon atmosphere. Oxygen-free conditions in the glove box
were maintained by purging continuously with argon under slight positive pressure.

� Extractants were deaerated prior to the treatment procedure.

Quality Control

Containers and other equipment used in handling sediment samples after retrieval can
be a significant source of contamination (Mudroch and Azcue 1995). For example, plas-
tics contain plasticizers that can be potential contaminants in the determination of
organic compounds. Glass, porcelain, stainless steel, Teflon, or Teflon-coated instru-
ments should be used in handling sediment samples to be analyzed for organic compo-
nents. Wide-mouth amber or clear glass jars and bottles with aluminum foil or Teflon-
lined caps are the best containers, but certain compounds (e.g., phenols) can adsorb to
these surfaces. Metal containers, spoons, or other equipment may contaminate samples
that will be analyzed for metals and trace elements. If both organic and metal analysis
are required for a given sediment sample, a Teflon container is recommended.

Since standard sampling and preparation techniques are not available for sediments,
results from sediment analyses and in particular their application for sediment quality
criteria (SQC), depend in a special way from a high level of quality control (QC) and
quality assurance (QA) both in field and laboratory (Keith 1991). QC in planning in-
cludes choice of (i) sampling locations, (ii) sampling procedures, and (iii) material;
quality control in field sampling covers (i) sample collection, (ii) sample handling,
(iii) cleaning procedures, (iv) transport, (v) preservation, and (vi) storage.

Two techniques can be used for QC in sediment sampling (Mudroch and Azcue 1995):

1. Collection of more than one sediment sample at selected sampling sites using identical
sampling equipment, such as multicorers, as well as using identical field subsampling
procedures, handling and storage of the samples, and methods for sediment analyses.

2. Subdivision of the collected sample into a few subsamples and treatment of each
subsample as an individual sample. The results of chemical analyses of all subsamples
indicate the variability due to the sampling and analytical techniques and sediment
heterogeneity within a single collected sample.
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The control samples used in sediment studies include sampling, transport, sam-
pling equipment, etc., and control samples for laboratory procedures. Contrary to water
sampling, sediment sampling generally does not require the use of blanks.

2.2.3 Traceability in Chemical Sediment Analysis1

Chemical analyses on sediments, including suspended particulate matter and porewater,
are efficient tools in water-quality management (surveillance, survey, monitoring); in
this context they refer – in order of increasing complexity – to different objectives, such
as preliminary site characterization, identification of chemical anomalies, establish-
ment of references and identification of time changes (chemical, biological), calcula-
tion of mass balances, and process studies (Golterman et al. 1983). Chemical analyses
are also used to directly characterize contaminated in situ sediments and dredged ma-
terials in relation to various treatment techniques.

In the view of the traceability concept, a ‘basic sequence’ of measurements consists
of three steps, which can be considered as an unbroken chain of comparisons
(Sect. 2.2.1):

1. Sampling and sample preparation.  Project planning, sampling stations, sampling
devices, handling and storage, and quality control are not standardized, but well-
documented in all aspects (Mudroch and Azcue 1995).

2. Grain size as a characteristic sediment feature.  Sampling on fine-grained sediment
(Horowitz 1991) and grain size normalization with ‘conservative elements’ such as
Cs, Sc, Li and Al (reflecting clayey material content) is recommended as standard
approach (Förstner 1989).

3. Analytical procedures.  Reference sediment materials are commercially available.
While direct species analysis is still limited, standardized extraction schemes for
metals and phosphorus in sediments as well as certified reference materials for com-
parisons were developed under the auspices of BCR/IRMM.

Further steps in chemical sediment analysis are split up with regard to specific
purposes – sediment quality assessment including biological effects (see Sect. 10.1),
coupling of sediment quality data with erosion risk evaluation ((4) and (5) below);
chemical changes following resuspension of anoxic sediments ((6) and (7) below); and
modeling of chemical sediment data ((8) below).

Due to the particular dynamics of fluvial processes, hydraulic parameters such
as the critical shear stress of erosion processes form the primary input factors for
investigating and predicting large-scale dispersion of contaminants in flood-plains,
dike foreshores and polder areas. Unlike problems related to conventional polluted
sites, the risks here are primarily connected with the depositing of contaminated solids
on soils in downstream regions. Short-term issues include the fate of sediment
associated contaminants when sediment is deposited upland and a better understand-

1 Based on Förstner U (2004) Trends in Analytical Chemistry 23:217–236.
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ing of the impact on ground water, water and soil ecosystems. Medium/long-term
issues will focus on integration of quality and quantity aspects, and to determine the
sediment transport processes at the river basin scale as a function of land and water
use and hydrological (climate) change (see Sect. 1.1). A schematic view of the com-
bined assessment of chemical and hydrodynamic effects in river sediments is pre-
sented in Fig. 2.10.

4. Erosion effects.  Sediment physical parameters and techniques form the basis of
any risk assessment in this field. Sampling of flood-plain soils and sediments is
affected by strong granulometric and compositional heterogeneities arising from
the wide spectrum of flow velocities at which the sediments were eroded, trans-
ported and deposited. Standardized fractionation schemes and respective refer-
ence materials can be useful for studying ecotoxicological aspects of resuspended
sediments. Sediment quality issues should include experimental designs for the
study of chemical and biological effects during erosion and deposition (Kosian
et al. 1999). Coupling of erosion experiments with investigations on aging effects
as well as on the mobilization of chemicals from porewater and labile sediment
phases (below) could provide a valuable tool in the decision-making process for
remediation techniques.

5. Aging effects.  ‘Diagenetic’ effects, which apart from chemical processes (sorption,
precipitation, occlusion, incorporation in reservoir minerals and other geosorbents
such as char, soot and ashes) involve an enhanced mechanical consolidation of soil
and sediment components by compaction, loss of water and mineral precipitations
in the pore space, may induce a quite essential reduction of the reactivity of solid
matrices. The methodologies developed so far (Corbisier et al. 1999; Thompson
et al. 1999; Verbruggen et al. 2000; Zhang et al. 2001) could influence the traceabil-
ity aspects in the field of ecological/chemical risk assessment (Sect. 10.1) and in
relation to erosion stability/pollutant mobility both in situ and river basin wide,
and these informations will also affect the decision-making process for remediation
techniques (Sect. 1.1.3).

Fig. 2.10.
Assessment of combined
chemical and hydrodynamic
effects
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The dramatic effects of stormwater events on particle transport can coincide with
rapid and far-reaching chemical changes, in particular, by the effects of sulfide oxida-
tion on the mobilization of toxic metals. The objectives of this research fall under the
category ‘process studies’, usually involving a relative high degree of complexity
(Sect. 1.2). Such field and laboratory studies as well as the models using these data are
indispensable for long-term prognosis of erosion and chemical mobilization risks
arising from subaqueous deposition and capping, both favorable technologies for
dredged material and in situ sediments (Förstner 2003).

6. Anoxic/oxidized samples.  Changes of the forms of major, minor and trace con-
stituents cannot be excluded, when the sediment is transferred from its typical
anoxic environment to chemical analysis via normal sample preparation. On the
other hand a comparison of extraction data from the original and oxidized samples
could be used for worst-case considerations in respect to potential metal release
during sediment resuspension or subsequent to up-land deposition of dredged
material.

7. Capacity controlling properties.  Both pH and redox potential in sediment/
water systems are significant parameters for mobilization and transformation
of metals or phosphorus. Criteria for prognosis of the middle- and long-term be-
havior of these and other substances should, therefore, include the abilities of
sediment matrices for producing acidity and for neutralizing such acid constitu-
ents (Sect. 6.5).

8. Modeling.  The data of critical trace metals and matrix components, as determined
from original samples, can also be used in models and in this way, sequential ex-
tractions can serve as effective conformational tools to reduce the complexity of
the natural system (Wallmann et al. 1993). Pore water analytical data can be ap-
plied in geochemical models for short-, medium- and long-term predictions
(Parkhurst and Postma 1999). Transport and reaction models consider advective,
dispersive and diffusive transport mechanisms as well as ad- and desorption pro-
cesses (Landenberger 1998).

In total, the traceability of ‘further steps’ (4–8 above) is less pronounced than that
of the three steps (1–3 above) of the ‘basic sequence’. However, in the light of the
economic value of these analyses for developing and executing far-reaching manage-
ment plan, coordinated efforts should be undertaken to improve this situation. Short-
term measures should range from organized propagation of results from on-going
research (‘aging effects’), official documentation of techniques and instruments in
a relative new field (‘erosion effects’) and state-of-the-art procedures (‘modeling’,
e.g., analytical data from pore water), via extension of standardized extraction schemes
and reference materials (prescription for handling ‘anoxic sediments’ for fraction-
ation, certification of specific constituents like Ca, S and Fe(II) for the study of
‘capacity controlling properties’), up to the development of new reference materials
(‘pore water’). With regard to the quantity aspect of contaminated sediments in river
basin scale, chemical inventories of interim deposits like mining residues, river
bank, polder and flood plain deposits, fillings of river-dams and lock-reservoirs, should
be given high priority.
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2.2.4 Hydraulic Data Quality

Hydrological, hydraulic and sediment data are usually collected from different sources,
such as water authorities, institutes and agencies. In many cases, the original measur-
ing data are not accessible; they have already been processed and aggregated so to
present them as daily, monthly or annually averaged values in terms of discharge, con-
centration, load etc. Very often, they are communicated without any technical specifi-
cation of the sampling site, sampling technique, data-processing method and uncer-
tainty assessment. Little is known about the representativity of the measuring points
in flow cross-sections and only sparse information is given on the sampling frequency
which is especially necessary for flood events. Gauging stations must provide calibrated
discharge rating curves, which normally do not cover the upper range of extreme dis-
charges with overbank flow.

With the aim of quantifying transport rates, flow velocities in the cross-section and
the respective fractional concentrations of contaminated sediment must be measured
along vertical transects to capture the entire water depth and to allow the calculation
of the total transport rate in a given cross-section as shown by the following relation-
ship

(2.1)

(2.2)

(2.2i)

(2.2ii)

(2.3)

with the discharge Q in m3 s–1, the total suspended sediment transport rate Qs in kg s–1,
the total flow cross-section A, the cross-section averaged suspended sediment concen-
tration CA, the cross-section averaged flow velocity UA which equals Q/A, the local flow
velocity u in m s–1 and the respective suspended sediment concentration c in kg m–3.
When only the cross-section averaged data Q and CA is referred to, a systematic error is
obtained where the second term in Eq. 2.2 which represents the differential advection
is neglected. This term can be determined only by extensive measurements over the
whole cross-section of the flow. The differential advection term vanishes only if there
is a uniform flow velocity or a homogeneous concentration of suspended matter, i.e. if
u'' or c'' equals zero. In the case of a fixed monitoring station the measured concentra-
tion C1 must be weighted by a site-specific and time-dependent factor α  to account for
the non-homogeneous distribution of the suspended sediments.

The sampling frequency must be adjusted to the discharge in order to provide an
appropriate temporal resolution of the process and to account properly for the dis-
charge as a key parameter for the evaluation of the transport rate and mass balance.
The evaluation of single flood events often requires a sampling frequency of the order
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of magnitude of hours. The spatial density of sampling points depends on the local gra-
dients of both the flow field and the contaminated suspended sediment concentration.

The weakest link in the information chain seems to be the sediment. There are only
a few data available on the grain size of suspended sediment, on fall-velocity distribu-
tion and sediment erosion stability. Various instruments have been developed and
applied for in-situ or on-site particle fall-velocity measurements. Advanced experi-
mental techniques including optical methods with digital image processing are pre-
sented and discussed by Eisma et al. (1997). A variety of experimental methods has
been developed for cohesive sediment erosion tests. A comprehensive overview of in-
situ erosion measurement devices is reported by Cornelisse et al. (1997), the perfor-
mance of selected erosion devices is described by Gust and Müller (1997). However, a
detailed comparison of the various methods is not yet available (see Sect. 2.1).

Vertical profiles of sediment properties and contaminant concentration, including
dissolved and colloidal substances in the pore water, must be available to quantify the
total mass flux of deep erosion processes. Therefore, the variability in the vertical sedi-
ment parameters has to be taken into account, which increases the variance of the
computational output. The more processes involved along the river pathway, the higher
the variance of the transport quantities involved and the larger the gap between the
best- and worst-case assumption for sediment management.

Model Parameter Uncertainty Assessment

Numerous physically based models have been developed to describe the effect of flood
events on river morphology and sediment transport, but most of them are determinis-
tic and do not account for the uncertainties involved in the input variables and model
parameters. Therefore, it is necessary to apply statistical methods to assess and im-
prove the reliability of model results. In most stochastic approaches, probabilistic dis-
tributions of the input variables and model parameters are used for an uncertainty
assessment. However, in most cases, the data set is not sufficient to determine the sta-
tistics in a conventional way. The integration of the stochastic concept into a determin-
istic model provides a useful alternative to cope with such uncertainties.

For the risk assessment of contaminated sediment resuspension, various sources of
uncertainties must be considered. The most significant contribution to the uncertainty
is due to discharge hydrology, which is known as the hydrological risk. Additional
uncertainties originate from the imperfection of the model concept and, in particular,
from the erosion-related sediment properties including the erosion threshold and ero-
sion rate. Each of the quantities exhibits a specific measuring inaccuracy and shows a
high spatial variability in nature. For an environmental impact assessment, the in-situ
sediment contamination, sorption, transformation and degradation processes must be
described based on chemical and biological parameters, which are subject to signifi-
cantly higher uncertainties compared to physical parameter uncertainties. Therefore,
any quantity calculated at the far downstream end of the contaminant pathway is sub-
ject to all the uncertainties included and hence exhibits the cumulative effect of the
uncertainties involved (see Fig. 2.11). The impact of the uncertainties of physical,
geochemical and biological parameters on the results is linked to and superimposed
on the hydrological occurrence probability. Assuming statistical independence of the
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Fig. 2.11. Origin and transmission of uncertainties

parameters, the Gaussian law of error transmission can be applied for estimating the
final uncertainty of the quantities. It clearly shows that the uncertainty of the target
quantity can be much larger than any of the input parameters.

To cope with the uncertainty of measurement based model parameters and the effect
of the variability of hydrological input variables, the use of a stochastic concept for
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assessing the uncertainty and improving the reliability of the model results is advis-
able. Stochastic concepts can be applied and integrated into a deterministic hydrody-
namic transport model (Fig. 2.11).

The statistical components of the problem can be treated, for instance, by the Monte
Carlo method which allows a statistical evaluation of the output. The bootstrap method
(Efron and Tibshirani 1993) is an effective method for evaluating field data, especially
when the amount of available data does not allow a conventional statistical analysis.

Since the hydrological component makes the dominant contribution to the sedi-
ment resuspension risk assessment, the probability, i.e. the uncertainty with respect
to time, of any model based quantity increases substantially with the complexity
and size of the catchment area. Large catchments consisting of different indi-
vidual subcatchments with contaminated sites subject to potential resuspension are
difficult to capture because of their weakly correlated regional or local flood events.
Therefore, one can hardly predict the probability of an immission in terms of concen-
tration of polluted sediments deposited at a site which is far down-stream from the
emission site.

Case Study: Erosion Capacity of Floods

To demonstrate the influence of the sediment erosion parameters numerical computa-
tions with a 1-dimensional transport model based on the Monte Carlo simulation
method were carried out for the 11-km stretch of the river Neckar barrage Lauffen,
focusing on floods with various discharge hydrographs and a spatial variability of the
sediment erosion properties (Li 2004). Historical flood events were selected from the
data series covering the last 50 years to show the effect of the peak flood hydrograph
characterized by the discharge and the flood volume on the erosion capacity of the
flood. In addition, the uncertainty of the eroded sediment mass caused by the statisti-
cal variation of the sediment erosion parameters is quantified.

Two field studies on sediment erosion were made in 1997 and 1998. Altogether,
29 sediment cores were taken for experimental sediment erosion tests. In total, 460 data
on the critical shear stress of sediment erosion are then available.

Each value from the collected data is regarded statistically independently. Using the
non-parametric bootstrapping method (Efron and Tibshirani 1993) a certain number
of bootstraps of the sample mean of the collected field data was produced. Each
bootstrapped sample mean is assumed to be the mean critical erosion shear stress of
the whole river reach, and was put into the function (Eq. 2.4) suggested by Kuijper
et al. (1989) for calculating the erosion rate (E)

(2.4)

where M is the erosion coefficient, n the erosion exponent, τ0 the actual bed shear
stress, and τcrit. E the critical erosion shear stress.

A data set of discharges covering almost 50 years from 1950 onwards was available
for numerical simulations. The concentrations of inflowing suspended sediment as a
function of the discharge were calculated using an experimentally determined power
law function (Kern 1997). A field study of the flood event from 28 October 1998 to
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4 November 1998 provided another data set of discharges and corresponding suspended
sediment concentration (Haag et al. 2002). In the study of Li and Westrich (2004), the
influence of all three sediment parameters in Eq. 2.4 was systematically investigated by
a local sensitivity analysis. In the following, the discharge hydrograph and the critical
erosion shear stress are considered stochastic. The influence of the two variables on
the sediment erosion capacity of the flood is estimated by applying a 1-dimensional
flow and sediment transport model (Kern and Westrich 1996) to the 11-km lock-regu-
lated stretch of the river Neckar. The erosion parameters M and n were regarded as
constant and set at 7.5 × 10–4 kg m–2 s–1 and 3.2 respectively.

Four historical flood events between 1950 and 1994 with different peak discharge
and duration are chosen to demonstrate the effect of the shape of the hydrograph and
the variability of the critical erosion shear stress on the sediment erosion potential of
floods. The duration of each flood event is 10 days. 50 long term simulations were carried
out for a period of 45 years using the measured discharges from 1950 to 1994. At the
end of the 45-year simulation period, the impact of the respective flood event was
investigated. For each simulation following the Monte Carlo method, the critical ero-
sion shear stress was statistically determined and assumed to be constant in the entire
river reach.

Figure 2.12 shows the calculated quantiles of eroded sediment for four historical
flood events. Qmax stands for the flood peak discharge. Flood (a) differs from flood (b)
in the larger flood volume and longer erosion duration. Both floods (a) and (b) show
higher peak flow rate than floods (c) and (d) and hence exhibit much higher eroded
sediment mass. The slope of the line indicates the effect of the variability of critical
erosion shear stress. Among the four flood hydrographs in Fig. 2.12, flood (a) has the
largest spreading of eroded sediment mass. A comparison between floods (a) and (b)
shows that the larger flood volume of the hydrograph (a) seen in Fig. 2.13 results in a
significant larger erosion capacity than flood hydrograph (b). The sediment mass
eroded by flood (a) is about 53 000 tons larger than that of flood (b). The calculated
results in case (a) spread over 2 000 tons, i.e.  ±1 000 tons, whereas the spreading of

Fig. 2.12. Calculated sediment mass eroded by historical flood events with statistical variation of criti-
cal erosion shear stress from 2 to 10 N m–2
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flood (c) is, as expected, only about 1 000 tons, i.e. ±500 tons maximum. In comparison
to both flood events (c) and (d) in Fig. 2.12 which have about the same peak discharge
of 1 634 and 1 645 m3 s–1 respectively, more sediment is eroded by the flood in 1998 even
though it had a lower peak discharge of 1 055 m3 s–1. The effect of the variability of the
hydrograph, that is the peak discharge and duration of erosive discharge is evident.

One can conclude from the numerical investigation that each flood event has its
own individual erosion capacity. Therefore, in order to assess the impact of flood events
with a given return period, the whole statistical ensemble must be simulated to provide
the required statistical answer. For instance, when assessing the impact of a 100-year
flood event on the resuspension of contaminated sediments in a confined river stretch,
a series of synthetic hydrographs with varying peak discharge and duration must be
investigated and analyzed to provide a probabilistic answer to how much sediment can
be eroded by such an event. The joint effect of peak flow rate and the duration of the
erosive flood discharge determines the concentration and load of resuspended sedi-
ments and, in conjunction with the contamination of the sediments, it also controls the
event-related total contaminant load.

Fifty simulations were carried out for the flood event from 28 October to 4 Novem-
ber 1998 using the measured hydrograph with a peak discharge of 1 055 m3 s–1 and
50 samples of critical erosion shear generated using bootstrap sampling. The value of
the critical erosion shear stress was given by a random process for each simulation.
The critical erosion shear stress was assumed to be constant both in space and time.

The impact of the spatial variability of critical shear stress on the erosion process
can be demonstrated by the flood in 1998 (Fig. 2.14).  Assuming the critical erosion
shear stress varies in space, the usual case in the field, the range of the statistical results
is significantly increased and amounts to 8 000 tons of eroded sediments. The maxi-

Fig. 2.13.
Hydrograph of two selected
historical flood events with
equal peak flow (Li 2004)

Fig. 2.14.
Quantile of calculated
sediment mass eroded during
flood event 1998 with a peak
flow rate of 1 055 m3 s–1:
a spatially constant and
b spatially varied (Li 2004)
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mum deviation from the mean value is about ±4 000 tons, which means a maximum
uncertainty of about ±6% related to the expected quantity of 65 000 tons. The graph
indicates that the statistical expected value of the eroded sediment mass is increased
by about 1 500 tons due to only the spatial variability of the critical erosion shear stress.
Moreover, the spatial variability of the sediment parameters does not only increase the
variance but also shifts the expected mean value of the eroded sediment mass to a
higher level. Only if a constant concentration of contaminants in µg kg–1 across the
sediment layers is assumed is the variance of the mass of resuspended contaminants
the same as it is for the total eroded sediment mass.
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Chapter 3

Over the last decades, fluid dynamics has undergone a revolution in the understanding of
the importance of flow to the ecology of aquatic ecosystems. This advance has been driven
in two ways: firstly as a by-product of improved system analysis that allows the determina-
tion of flow patterns at ever decreasing scales of space and time; Secondly, many new
methods have been specifically developed to examine questions in ecology that are re-
lated to flow dynamics and the behavior of organism in response to flow. Early work was
fairly predictable, employing standard fluid dynamics approaches to test biological theory
under laboratory conditions (e.g., “flume and flora” experiments), then a period began in
which many laboratories produced devices to measure the stability of sediment under
field conditions, including fully submerged marine systems. Examples range from linear
flumes, carousel or circular chamber systems, to suction or jet devices. These systems all
produce useful data but rarely on a comparative scale across ecosystems. The size of the
imprint, the nature of the flow created and the method of determining the point of incipi-
ent erosion all vary. These are ongoing problems that cannot easily be addressed but of
further interest is the imbalance in the applications of these techniques across the fields of
research that have developed and applied these technologies. Far more information in
terms of relative sediment stability and biogenic interactions is available in the literature
concerning brackish (estuarine) and marine environments than fresh water systems. This
is perhaps surprising since the overarching characteristic of fluvial systems is the con-
tinual longitudinal displacement of the medium … the river flow. The sediment of river
system is continually in motion and undergo catastrophic redistribution during extreme
episodic events. These systems are therefore vulnerable to hydrodynamic forcing and the
complex control of sediment dynamics is worthy of further consideration. The under-
standing of the stability of natural fluvial sediments and their behavior on erosion is a
fundamental part of the suite of research. The sections in the following chapter help to
redress this balance. In the first paper, Spears et al. make an explicit the comparison of
sediment stability across different systems, providing an unusual direct comparison be-
tween fresh water and brackish habitats. For this work, a single stability device was ap-
plied across the varied system which allows for confidence in their comparative approach.
In contrast, Gerbersdorf et al. consider the “strength with depth” of natural sediment sys-
tems. The novelty of their approach is in determining depth profiles of variables, such as
bed shear stress, but linked to the biological and physicochemical properties of the sedi-
ment. They argue that this is important in predicting the nature of the bed failure and
consequent transport of material, which may also include contaminants from the river
system. The behavior of material after erosion is also of critical importance and Mueller

Hydrodynamics

David M. Paterson
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et al.  continue their well-known ability to produce novel engineering methods and ap-
proaches by introducing the Benthic Water Column Simulator (BWCS). This engineering
device allows experimental investigation of particles and floc throughout the simulated
cycle of erosion, transportation, deposition and consolidation of fine sediments. A further
engineering approach is presented by Kuehn and Jirka with the objective of creating
a system in which turbulence can be controlled and varied over the depth of a water
column, essentially separating advection from turbulent intensity regime. This is an inno-
vative approach that will allow the introduction of biological variables into the design
system of great engineering precision. Each of these contributions is innovative in its own
way and outlines the great potential in combining engineering approaches to answer cur-
rent questions in the field of fluvial sediment transport.

Bryan M. Spears  ·  Jenna Funnell  ·  James Saunders  ·  David M. Paterson

3.1 On the Boundaries:
Sediment Stability Measurements across Aquatic Ecosystems

3.1.1 Introduction

Few studies in the literature compare the sediment stability of depositional habits across
marine, freshwater and brackish ecosystems. This is partly because there is conceptual diffi-
culty in comparing different erosional devices but also because scientist often focus on spe-
cific habitats. In addition, many field devices generate shear stresses over the 0–1 N m–2

range, with few capable of generating erosive forces beyond this level (Tolhurst et al. 2000).
However, habitats such as intertidal deposits and salt marshes are often quite resistant to
hydrodynamic forcing and are considered to provide an “ecosystem service” of coastal
protection. Most existing measurements have been made within a “measurement comfort
zone” (Fig. 3.1), usually where a bed shear stress between approximately 0.1 and 1 N m–2

surpasses the critical threshold. However, the study of a wider range of habitats is funda-
mental to the understanding of ecosystem dynamics in aquatic environments.

Resistance to sediment disturbance can be enhanced via physicochemical (particle-
particle attraction/resistance; Lerman 1979; Lick and Huang 1993), bio-physical (e.g.,
increased structural integrity within root beds; Kenworthy et al. 1982; Benoy and Kalff
1999) and bio-chemical processes (the production of extracellular polymeric substances:
EPS) (Paterson 1994; Yallop et al. 2000; Deco 2000). While the majority of field based
sediment stability studies have been conducted within estuarine mudflat ecosystems,
the relevance of these findings across different sediment ecosystems remains largely
unknown. Variation should be expected since significant variations in ecosystem pro-
cesses, known to affect sediment stability, occur within, and between, different ecosys-
tems (e.g., lakes, rivers, and estuaries). These include exposure/submersion cycles, the
deposition/removal of fine particulate matter (FPM), the community structure of
benthic fauna and flora, and the shear stress exerted across the sediment surface
(O’Sullivan and Reynolds 2004; Nedwell and Raffaelli 1999).

In estuarine systems, the presence of EPS, secreted mainly by benthic diatoms (Goto
et al. 1999; Yallop et al. 2000), has been shown to enhance sediment stability (see Paterson
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1997; Tolhurst 1999; Decho 2000). Recent studies have also highlighted the role of vascular
plant root-systems in enhancing sediment stability and accumulation by increasing the
structural integrity and, therefore, the bed shear strength of colonized riverine and estuarine
sediments (Grady 1981). Similar ecosystem engineering may occur in shallow freshwater
lakes in which light regimes favor the colonization of macrophytes and microphytobenthos.
However, a number of differences occur between ecosystems. For example, tidal cycles
drive diurnal fluctuations in estuarine sediment exposure/submersion and compaction.
In contrast, lacustrine sediments are continually submerged, with fewer disturbances and
a higher depositional flux of fine particulate matter. Another key difference between fresh-
water and estuarine systems is the strength of the electrostatic attractions (cohesion)
between sediment particles as influenced by salinity (Packman and Jerolmack 2004).

A relatively simple comparative assessment of sediment stability across estuarine
and freshwater habitats, using the same measurement system, was undertaken. Addi-
tionally, spatial variation within each ecosystem was assessed (lake depth, intertidal
position). The specific objectives of the study were to (1) assess the spatial variation
(i.e. inter- and intra-site) of sediment stability and related sediment characteristics;
(2) identify the key variables regulating stability in each site; and (3) identify trends in
stability regulation across ecosystem types.

3.1.2 Methods

Study Sites

Loch Leven is a shallow eutrophic loch situated in the southeast of Scotland (56°10' N,
3°30' W), with a mean depth of 3.9 m, covers an area of 13.7 km2 and is generally domi-
nated by Potamogeton sp. Two sample sites were chosen at 2.1 m (shallow Loch Leven
site) and 4.3 m (deep Loch Leven site) depth (Fig. 3.2) to represent macrophyte and
microphytobenthos dominated sediment, respectively.

Fig. 3.1.
Schematic diagram of the
measurement comfort zone for
many erosion devices
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The Eden Estuary is situated in southeast Scotland (56°22' N, 2°50' W) and is com-
posed of both mudflat (8 km2 surface area) and saltmarsh (0.11 km2). The mudflat is
generally dominated by microphytobenthos (mainly diatoms) and the saltmarsh mainly
by Puccinellia maritima. Three sample sites were chosen on the southern shore near
the mouth of the estuary to represent low shore and mid shore mudflat, and saltmarsh
sediment areas (Fig. 3.2). Sediment is predominantly sandy mud.

Sample Collection

20 cores were collected from each site (i.e. 100 cores in total). At each site, 10 cores
were used for stability analysis and 10 cores for the quantification of other sediment
characteristics. In the latter, the upper 2 mm of sediment was cryogenically preserved
using the contact coring technique (HIMOM 2005). Cores (8 cm internal diameter
and 5 cm deep) were collected manually (7–15 February, 2006) from within a 2 m2

area of exposed sediment at both mudflat sites and the saltmarsh site. To maintain the
natural structure of the sediment, macrophytes present in the saltmarsh cores were
not removed. Freshwater sediment cores (6.7 cm internal diameter) were collected
(21 March 2006 by boat) at each site, within a 10 m2 area of submerged sediment us-
ing a Jenkin surface-sediment sampler. The cores consisted of 20 cm sediment over-
lain by 30 cm water. The overlying water was either left (for the analysis of sediment
stability) or carefully siphoned off to leave an exposed sediment surface as required
for contact coring.

Fig. 3.2.
Map showing sample sites
within Loch Leven and the
Eden Estuary
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Sediment Stability

Sediment stability was measured using a Mark IV Cohesive Strength Meter (CSM) (Pater-
son et al. 1989). The CSM operates by firing a sequence of water jets with incremental
increases in pressure onto the sediment surface inside a small (2 cm diameter) erosion
chamber filled with filtered seawater. Eroded sediment is detected by an infrared trans-
mission across the inside of the erosion chamber. The critical erosion threshold is
deemed to have passed when suspended sediment levels result in a 10% drop in the
original transmission value encountered at the beginning of the test (Tolhurst et al.
2000). The test program “Fine 1” was selected due to its high resolution at low critical
erosion thresholds which were expected after initial trials upon the sediments. The
CSM was calibrated and results expressed as the stagnation pressure upon the sedi-
ment surface expressed as N m–2.

Cores (n = 10) from the saltmarsh and mudflat sites were analyzed in the labora-
tory. The erosion chamber was set flush with the exposed sediment surface and manu-
ally filled with filtered saline water by syringe. Stability in freshwater cores was ana-
lyzed immediately after collection and with the overlying water column intact. Filtered
saline water was used as the erosive medium in saltmarsh and mudflat cores.

Other Sediment Characteristics

At each site, 10 contact cores were collected for the analysis of wet bulk density, water
content, and organic content (HIMOM protocols 2005). Bound and colloidal carbohy-
drates were separated following the addition of 5 ml distilled water to 50 mg freeze
dried sediment and subsequent centrifugation (1 500 rpm for 15 minutes). The result-
ant pellet was analyzed for bound (attached), and the supernatant colloidal, carbohy-
drates (Underwood et al. 1995). Both colloidal and bound carbohydrate concentra-
tions were determined using Dubois assays as described within HIMOM protocols (2005)
and are expressed against a glucose standard curve as glucose equivalents (µg g–1 dry
weight glucose equivalents). Chlorophyll a was extracted from freeze dried sediment
in 90% acetone. The extraction was conducted at –4 °C in an ultrasound bath for 90 min.
Following this, samples were stored in the dark at –80 °C for 24 hours before being
vortexed and stored for a further 24 h in the same conditions. Samples were centri-
fuged (2000 rpm) for 3 min prior to spectrophotometric pigment analysis according to
HIMOM (2005).

Statistical Analysis

Statistical variation was assessed using one-way analysis of variance (ANOVA) fol-
lowed by Fisher’s least significant difference post-hoc analysis (critical value = 2.014,
α = 0.05), on observation of a significant ANOVA result. An analysis of the relation-
ships between variables within each site (intra-site relationships) was conducted us-
ing correlation analysis (n = 10). An analysis of the relationships between variables
across the five sites (inter-site relationships) was also conducted using correlation
analysis (n = 5). All error bars shown represent the standard error of the mean (n = 10)
taken from each variable.
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3.1.3 Results and Discussion

Variation in Sediment Stability Properties between Ecosystem Types

Significant intra-site variation (Table 3.1 and Fig. 3.3; ANOVA analyses; p < 0.05) was
observed in sediment stability, colloidal carbohydrate concentration, bound carbohy-
drate concentration, chlorophyll a concentration, organic matter content, water con-
tent, and bulk density. Sediment stability was lowest in the freshwater sites, intermedi-
ate in the mudflat sites and highest in the saltmarsh site. Stability was observed to
increase with depth in the freshwater sites and with increasing distance up the shore in
the estuary. The saltmarsh site was more stable than the intertidal low shore site, the
shallow and deep freshwater sites. Sediment stability was significantly higher for the
mid shore intertidal site than it was in the shallow freshwater site (Fig. 3.3a). Colloidal
carbohydrate and bound carbohydrate concentrations were significantly higher in the
deep freshwater site than at all other sites (Fig. 3.3b). The bound carbohydrate concen-
tration in the shallow freshwater site was higher than for mid and low shore mudflat
sites but similar to the values observed in the saltmarsh site (Fig. 3.3c). Chlorophyll a
concentration was significantly higher in the deep freshwater site than any other site
(Fig. 3.3d). The salt marsh and the shallow freshwater site had similar chlorophyll a
concentrations, both being higher than the mudflat sites. Sediment organic content
was similar for salt marsh and the deep freshwater sites which were both significantly
higher than all other sites (Fig. 3.3e). The water content of the mudflat sites were both
low and did not differ from each other. Intermediate water content was observed in the
saltmarsh site followed by the shallow freshwater site with the highest water content
observed in the deep freshwater site (Fig. 3.3f). The bulk density of the intertidal sites
were greatest, followed by the salt marsh site and then the freshwater sites. Bulk den-
sity in the mid shore site was significantly greater than all other sites with the excep-
tion of the low shore tidal site (Fig. 3.3g).

Intra-Site Relationships between Sediment Stability Properties

A positive correlation between sediment stability and colloidal carbohydrate concen-
tration was found for the deep freshwater site (Table 3.2). Negative correlations were
observed between sediment stability and chlorophyll a, and sediment stability and or-
ganic content in the mid shore tidal site and between sediment stability and bulk den-
sity in the salt marsh site. Sediment stability was not significantly correlated with any of
the measured variables in the shallow freshwater site or the low shore site.

Inter-Site Relationships between Sediment Stability Properties

No significant relationships were observed between sediment stability and any of the
other measured variables across the sites. Colloidal carbohydrate, bound carbohy-
drate and chlorophyll a concentrations were significantly positively inter-correlated.
The measured sediment characteristics varied significantly both across and within
the five sites. The majority of these differences can be accounted for by considering
the key ecosystem processes acting within each. Within the estuarine environment,
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bulk density was lowest in the saltmarsh site and similar in both low and mid shore
sediment. This is probably the result of a number of factors including bioturbation,
the effect of vegetative cover on the salt marsh and the consequent retention of fine
sediments. In comparison, the bulk density values of both freshwater sites were sig-
nificantly lower than all the estuarine sites. This is due to the depositional environ-
ment in productive freshwater lakes where high fluxes of FPM and flocs are combined

Fig. 3.3. Average cross site trends in a stagnation pressure that corresponds to the critical erosion thresh-
old, b colloidal carbohydrate concentration, c bound carbohydrate concentration, d chlorophyll a con-
centration, e organic content, f water content, and g wet bulk density. Error bars represent the standard
error of the mean (n = 10)
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with low sediment flushing rates (Hilton et al. 1986; Weyenmeyer at al. 1995). These
processes result in the accumulation of fine, unconsolidated organic matter (Nedwell
et al.  1999).

Water content was expected to decrease up the shore line as a result of increased
exposure and evaporation. However, the opposite trend was observed, most likely re-
sulting from biologically-mediated ecosystem engineering where biofilms and rooted
plant beds can trap moisture and prevent desiccation (Paterson and Black 1999; Yallop
et al.  2000).

3.1  ·  On the Boundaries: Sediment Stability Measurements across Aquatic Ecosystems
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Chlorophyll a, Organic Matter, and Carbohydrate Concentrations

Similar trends in chlorophyll a concentration, organic matter content, and bound
and colloidal carbohydrate concentrations were observed across the sites. The cor-
relations between chlorophyll a concentration and bound and colloidal carbo-
hydrate concentrations within freshwater and saltmarsh sediments suggest that the
main source of carbohydrates in these systems are derived from autotrophic processes
(Table 3.2). The absence of a significant correlation between chlorophyll a and car-
bohydrate concentrations in the mudflat sites agrees with the observations of Perkins
et al. (2003) in which carbohydrate concentration was shown to be more sensitive to
a simulated tidal cycle than chlorophyll a concentration as a result of the greater
solubility of carbohydrates in water. Thus, an uncoupling of the two variables can be
expected in sediment ecosystems exposed to severe tidal processes. Both bound and
colloidal carbohydrate concentrations were higher in freshwater than they were in
estuarine sediments. Coupled with the chlorophyll a concentrations, this suggests
that the highest autotrophic production of carbohydrates occurred in freshwater
sediment which may be due to the relatively high autotrophic (i.e. combination
of phytoplankton, microphytobenthos, epiphytes etc.) production in these high
nutrient systems.

The higher chlorophyll a values in the freshwater sites compared to the mudflat
sites are likely due to a higher accumulation of phytoplanktonic detritus. This pro-
cess is especially important in eutrophic lakes where movement of phytoplankton
between the sediment and the water column is regulated by environmental variables
and can account for major portions of total phosphorus and nitrogen partitioning
(Head et al. 1999). The high organic content and chlorophyll a concentrations ob-
served in the saltmarsh, in comparison to the mudflat sites, is likely due to an increase
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in P. maritime in combination with microphytobenthos biomass as a result of increased
exposure time (Austen et al. 1999).

Stability Regulation: an Ecosystem Comparison

Significant spatial variation was observed in sediment stability between freshwater,
estuarine mudflat, and estuarine saltmarsh sites. Stability was highest in the saltmarsh
site and lowest in the shallow freshwater site. Sediment stability was observed to in-
crease with depth in the freshwater sites and with distance up the shore in the estuarine
sites. In general, sediment stability was higher in the estuary than it was in the lake. No
significant correlations were observed between sediment stability and any of the mea-
sured variables across the five sites indicating stability regulation varies between sites
or is controlled by variables not considered in this study (Table 3.3). One example of
the former is the influence of electrostatic and physico-chemical particle-particle at-
tractions that increase with sodium chloride concentration (i.e. salinity, Lerman 1979;
Packman and Jerolmack 2004). Thus, cohesive aggregation increases across the salin-
ity gradient such that estuarine sediments are more ‘cohesive’ than freshwater sedi-
ments. However, this would represent a sedimentological view and it is almost certain
that extracellular polymers are also influenced by the ionic nature of their surrounding
and contribute more to sediment cohesion under saline conditions. This hypothesis
suggests that physico-chemical processes are the main drivers of sediment stability
across ecosystem types with bio-physical and bio-chemical processes also being af-
fected by the physicochemical changes. This also explains why, although levels of ex-
tracellular polymers are high in the deep freshwater sites, the enhanced stability is less
than for the intertidal sites. This possibility requires further research.

Stability was significantly correlated with a number of variables within sites. The
positive correlation between sediment stability regulation and colloidal carbohydrate
concentration in the deep freshwater site was in agreement with conventional diatom
biostabilization theory (e.g., Madsen et al. 1993; Paterson 1994). The absence of
this relation in the shallow freshwater site may be the result of excessive wind
mixing reducing microphytobenthos biomass, and hence the production of car-
bohydrates.

3.1.4 Conclusions

The variation in sediment stability was not explained by a single variable across eco-
systems. Instead, stability was found to be system specific and therefore care must be
taken when defining general rules of stability across ecosystem types. The stability of
the bed was higher in the estuarine sites than it was in the freshwater system, probably
as a result of increasing electrostatic effects on particle-particle attraction and poly-
mer related adhesion. Stability was higher at 4.3 m overlying water depth compared to
2.1 m overlying water depth in the freshwater site most likely as a result of higher auto-
trophic production of carbohydrate concentration. Colloidal carbohydrate concentra-
tions were higher in the freshwater ecosystem than in the estuarine ecosystem but less
effective at stabilization.

3.1  ·  On the Boundaries: Sediment Stability Measurements across Aquatic Ecosystems
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3.2 Determination of Sediment Stability by Its Physico-Chemical and
Biological Properties: Considering Temporal and Vertical Gradients
at Different Contaminated Riverine Sites

3.2.1 Introduction

In the past, hazardous contaminants were discharged in large quantities into water
bodies where they subsequently accumulated within the bottom sediments. This legacy
of the past is found world-wide in rivers, lakes, harbors, estuaries and near-shore areas
which are often buried at depths of up to several meters (summarized in Foerstner
et al. 2004; Ziegler 2002). However, under certain hydraulic conditions, these former
immobilized contaminants might be eroded and become bioavailable and toxic. To
prevent ecological disasters and to achieve a good ecological status of the aquatic habi-
tats, as required in the Water Framework (2000/60/EC) Directive, the potential erosion
risk of areas of concern has to be evaluated to recommend further treatments such as
remediation or sub-aqueous capping. Although several contaminated riverine sites and
lakes have been investigated for their sediment erosion behavior world-wide (Ziegler
2002), only a few studies are known from German rivers with emphasis on sediment
stability (Haag et al. 2001). In this context, most studies concentrated on the physico-
chemical sediment properties such as bulk density, particle size classes and mineral-
ogy that are characterizing erosion resistance (Jepsen et al. 1997; McNeil and Lick 2004).
Over the last years, the biogenic mediation of sediment erosion has received increasing
attention, namely through stabilizing effects by the mucilaginous matrix of extracellu-
lar polymeric substances (EPS) produced by macrofauna, microalgae and bacteria (de
Brouwer et al. 2000; de Deckere et al. 2001; Flemming and Wingender 2001). However,
it is still rare that physico-chemical and biological sediment properties are investi-
gated simultaneously with regard to sediment stability, and only a few properties are
generally considered in total (de Brouwer et al. 2000). Considering biostabilization,
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most investigations originate from tidal flats and thus concentrate on biofilms at the
sediment surface with a focus on microalgae as the main producers of EPS. However,
bacteria are also known to excrete significant amounts of polymeric substances such
as carbohydrates as well as proteins (Flemming and Wingender 2001), and the bacte-
rial production is likely to dominate in deeper sediment layers below the biofilm/photic
zone. So far, studies on bacterial biomass and bacterial EPS production have not been
related to sediment stability. Hence, the present study aimed to determine a wide range
not only of physico-chemical (water content, organic content, grain size, cation exchange
capacity, liquid and plastic limits, bulk density) but also biological parameters includ-
ing macrofauna abundance, microalgal biomass, bacterial cell numbers and EPS frac-
tions (water- and resin-soluble carbohydrates and proteins). Covariance pattern of the
different sediment properties were considered by simultaneously sampling and statis-
tical evaluation. In parallel, the critical erosion shear stress for mass erosion was deter-
mined in a rectangular pressure duct called the SETEG (Strömungskanal zur Ermittlung
der tiefenabhängigen Erosionsstabilität von Gewässersedimenten) system (Kern et al.
1999). Hence, master-variables for a reliable, efficient and economically viable erosion
risk assessment of contaminated riverine sites can be derived. The transferability of
the data obtained was addressed by including spatial (different sampling sites) and
temporal (different seasons) gradients. Since the erosion properties of sediments may
vary in a non-uniform and non-predictable manner as a function of depth, the present
study investigated sediment stability and its sediment properties within natural sedi-
ments spanning the zone between surface and 50 cm depth.

3.2.2 Material and Methods

Site description.  The lock-regulated river Neckar is a major tributary to the river Rhine,
draining a highly industrialized and agrarian affected catchment area of about
14 000 km2 in the Southwest of Germany. Sediment samples were taken in the reser-
voirs of Deiziau (km 200), Hofen (km 176), Poppenweiler (km 165) and Lauffen
(km 137), near-bank in a water depth of less than 2 m. These study sites are known for
their high sediment contamination with heavy metals and polychlorinated biphenyls
as well as organic stannous compounds (Haag et al. 2001). The Iffezheim barrage is
located in the river Rhine (catchment area of 165 000 km2) at km 334. Sediments were
withdrawn in front of the weir section in a water depth of around 2 m. The sediments
of this reservoir are heavily contaminated with hexachlorobenzene (HCB, Zipperle and
Deventer 2003). At the river Elbe (catchment area of 148 268 km2), sampling took place
at water depths of 1–2.5 m in front of the weir section (Pøelouc, Czech site, km 223) and
in the center of groyne fields: Coswig (km 235), Stecky (km 280), Magdeburg (km 318),
Fahlberg-List (km 319), Havelberg (km 419) and Hamburg (km 607). The groyne fields
are polluted with heavy metals and arsenic originating from mines by the discharge of
the tributary rivers Mulde and Saale (Foerstner et al. 2004). Sampling campaigns took
place in different seasons: Deizisau, Hofen, Poppenweiler: April, June, September 2004;
Lauffen: January–December 2003 (river Neckar); Iffezheim: March 2004 (river Rhine);
Prelouc: April 2005; Coswig, Steckby: June 2005; Fahlberg-List: June, August, November
2005; Magdeburg, Havelberg, Hamburg: August 2003 (river Elbe).
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Sampling and proceeding.  At each study site, sediment samples were withdrawn us-
ing two sizes of cylindrical coring tubes of 150/100 cm in length and 13.5/11 cm inner
diameter, respectively. The first two sediment cores were used to determine bulk den-
sity non-intrusively by a gamma-ray densitometer (Dreher 1997) as well as the critical
shear stress for mass erosion in the rectangular pressurized SETEG-flume (Kern et al.
1999; Haag et al. 2001) in cm steps to depths of usually 50 cm. Two more sediment
cores with similar bulk density profiles were sectioned into different layers at intervals
of 0.5–2 cm and the appropriate layers from both cores were pooled and mixed thor-
oughly to overcome intrinsic patchiness. The sediment properties were determined
within each of these layers. The fifth sediment core was used for sieving the top 10 cm
sediment by a 500 µm mesh sieve, retaining all organisms which are referred to as
macrofauna.

Sediment properties.  The following physico-chemical sediment properties were de-
termined: water content, mineral composition, soil particle size classes (sand 2–0.063 mm,
silt 0.002–0.063 mm, clay <0.002 mm), TOC (total organic carbon), CEC (cation exchange
capacity), liquid and plastic limits. The biological sediment properties included: abun-
dances of macroinvertebrates, concentrations and content of chlorophyll a (proxy for
algal biomass) and pheopigments (indicator for degraded microalgal pigments), bacte-
rial cell numbers (DAPI staining, Epifluorescence Microscope) and EPS (extracellular
polymeric substances) fractions. Briefly, EPS were extracted from dried and homog-
enized sediment samples over a fixed period with distilled water as well as with CER
(cation exchange resin), modified after de Brouwer and Stal 2001; Frølund et al. 1996.
Within the supernatants, the water-extractable (colloidal) carbohydrates, the CER-ex-
tractable carbohydrates as well as the CER-extractable proteins – corrected for humic
acids – were determined spectrophotometrically (protocols in Frølund et al. 1996). In
pre-experiments, the extraction procedure was optimized regarding the yield and ra-
tio of the different EPS fractions by varying extractants, extracting volume and sedi-
ment dry weights. For more details on the determination of sediment properties, espe-
cially the EPS fractions see also Gerbersdorf et al. (2005).

Statistics.  Multivariate Statistics, PCA (Principal Component Analysis), was conducted
by SPSS 12.0 for Windows to address the covariance pattern of the physico-chemical
and biological sediment properties and their impact on sediment stability (Haag and
Westrich 2002).  For more details see also Gerbersdorf et al. (2005).

3.2.3 Results and Discussion

Sediment stability – vertical profiles of τcrit. E and ρ .  On the basis of bulk density
profiles, horizons of differing consolidation and particles sizes could be selected. Us-
ing this data it was ensured, that the appropriate horizons of replicate sediment cores
were pooled after sectioning. At the sediment surface of all stations, the bulk density
was relatively low (1.1–1.3 g cm–3) along with high water content (up to 71%) (Fig. 3.4).
Although the bulk density tended to increase towards deeper sediment layers, in most
cases, clear consolidation effects could not be visualized in the top 25 cm. Pronounced
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peaks of bulk density values usually corresponded to sandy horizons along with low
organic content and decreasing sediment stability (e.g., 18 cm depth, Fahlberg, Fig. 3.4).
The critical shear stress determined within the top 25 cm sediment by the SETEG flume,
were also relatively low at all reservoirs (mostly below 1 Pascal (Pa), range of 0.3–2.9 Pa,
Table 3.4, Fig. 3.4) in accordance with data from active sedimentation/resuspension areas
such as the intertidal flats (0.13–1.0 Pa, Austen and Witte 2000). Although older, more
consolidated horizons showed higher critical shear stress values compared to younger,
freshly deposited sediment layers on top, the stability of all horizons was surprisingly
low. The measured critical shear stress of the sediments was opposed to different
scenarios of naturally occurring bottom shear stress, for instance calculated by the
1-D flow and transport model COSMOS for the Lauffen Reservoir/river Neckar
(Kern 1997). Thus, it was indicated that a three to five fold mean discharge (around
500 m3 s–1 instead of 80 m3 s–1) would erode the top 25 cm sediment layers with shear
stress values of 1–2.5 Pa and a five years flood event (corresponds to 9 Pa) could re-
move all sediments at depths below 50 cm (Haag et al. 2001). Haag et al. (2001) de-
tected polluted sediment layers in the Lauffen Reservoir/river Neckar at only 20–70 cm
depth but some contaminations were even directly located at the sediment surface due
to local heterogeneity in erosion/deposition pattern. Chemical and ecotoxicological
studies revealed the occurrence and bioavailability of contaminations within the top
15 cm sediment at different study sites in river Neckar and Rhine (Zipperle and Deventer
2003). Thus, the risk of erosion was severe at the contaminated reservoirs of river Neckar,
even under moderate bottom shear stresses. The same applies for the study sites of
river Rhine and Elbe (data not discussed).

Fig. 3.4.
Vertical depths profiles of
critical erosion shear stress
(τ crit. E, squares) and wet bulk
density (ρ , triangles), examples
shown for Prelouc reservoir
(open symbols) and Fahlberg
groyne field (black symbols),
April and June 2005, respec-
tively
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Biogenic Mediation of Sediment Stability

Macrofauna.  The impact of macroorganisms on sediment stability can be negative
due to bioturbation and grazing activities but we could not prove such an effect in the
present study. On the other hand, certain worms and midge larvae such as Tubificidae
and Chironomidae are known to live in tubes which act as sediment traps and which are
coated with polymeric substances (Datry et al. 2003; Olafsson and Paterson 2004). For all
river Neckar data (n = 21), a positive relation between the critical shear stress values and
the abundances of Tubificidae (Pearson’s r = 0.63) as well as Chironomidae (Pearson’s
r = 0.61) could be shown for the top 10 cm sediment. Since there were no correlation
between polymeric substances and macrozoobenthos abundance, the tubes itself must
have contributed to sediment stabilization. It remains to be investigated, which pro-
portion of biostabilization might be due to macrofauna tubes formation, when com-
pared to other biological impact factors like EPS produced by microalgae and bacteria.

Microalgae.  At all riverine sites, especially within the groyne fields, the turbidity and
light attenuation (k = 2–3 m–1) within the water column was high, calculated by verti-
cal underwater light profiles. However, the resulting light regime at the sediment sur-
face (minimum range 8–30 µE m–2 s–1) still allowed photosynthetic activity by benthic
microalgae and thus, possible EPS excretion (Smith and Underwood 2000). Micros-
copy revealed the occurrence and dominance of benthic diatoms (Bacillariophyceae,
Pennales), and around 70 species were determined in total at all sites (Gerbersdorf
et al. unpubl.). In the sediments of the reservoirs, only a few deposited phytoplankton
species were found. In the groyne fields sediments, pelagic diatoms (Bacillariophyceae,
Centrales) and pelagic green algae (Chlorophyta, Chlorococcales/Chlorellales) were
more dominant, thereby reflecting the two main components of the phytoplankton in the
river Elbe (Gerbersdorf et al. unpubl.). Presumably the deposited pelagic species contrib-
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uted considerably to the chlorophyll a concentration in the sediments indicated by higher
microalgal biomass in the groyne fields (river Elbe: Fahlberg 24, UFZ Magdeburg 36,
Havelberg 75, Hamburg 60), compared to the reservoirs (river Neckar: Deizisau 27, Hofen 9,
Poppenweiler 12, Lauffen 12, river Elbe: Prelouc 11) (µg cm–3), mean value of surface, fresh
sediment, Fig. 3.5a and b). Still, the microalgal biomass in all riverine sediments investi-
gated was surprisingly high and even in the range of highly photosynthetic active habi-
tats such as intertidal flats or tidal sandy beaches (de Brouwer and Stal 2001).

Bacteria. Similar to the vertical distribution of the microalgal biomass, the bacterial
cell numbers were highest in the top sediment layers and decreased over depth (Fig. 3.5a
and b). This indicates the well-known mutual profit of bacteria and microalgae by their
excudates (Yallop et al. 2000). The bacterial cell numbers within the sediment surface
ranged from 4–9 × 108 bacterial cells cm–3 fresh sediment at all study sites.

Fig. 3.5. Vertical depth profiles of chlorophyll a (black bars), pheopigment (white bars), bacterial cell
numbers (black line with circles) (A and B) and polymeric substances such as colloidal carbohydrates
(black bars), resin-extractable carbohydrates (white bars) and proteins (black line with circles) (C and
D). Examples shown for Prelouc reservoir (A and C) as well as for the Fahlberg groyne field (B and D),
April and June 2005, respectively
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EPS fractions.  The concentrations of water-extractable (colloidal) carbohydrates in
the sediment surface layer were in the range of 0.11–0.49 mg g DW–1 with maximum
values of 1.52 and 1.82 mg g DW–1 (groyne field Hamburg and Havelberg/river Elbe,
respectively) and 2.37 mg g DW–1 (Deizisau Reservoir/river Neckar). While the col-
loidal carbohydrates represented only about 10% of the total carbohydrate pool in
most reservoirs (exception Deizisau: 20–40%), their contribution was much higher in
the groyne fields (9–59%, mostly around 30%, Fig. 3.5c and d). Although the concen-
trations of colloidal carbohydrates seemed low at first, they were well in the range of
data known from pronounced biofilms with high photosynthetic activity and EPS
excretion (de Brouwer et al. 2000). The concentrations of proteins in the sediment
surface layer were similar to the CER-extractable carbohydrates and mostly in the
range of 1.80–5.15 mg g DW–1 with some higher values in the reservoirs of the river
Neckar (Deizisau 12.90, Hofen 9.60 and Poppenweiler 10.20 (mg g DW–1)). Thus, the
quantity of polymeric substances could be sufficient to have a significant impact on
sediment stability.

Which organisms are excreting polymeric substances? Microalgae are known to
produce significant amounts of carbohydrates (Underwood et al. 2004), while bacte-
ria could excrete additionally proteins (Flemming and Wingender 2001). Plotting the
data from all study sites at all seasons together, excretion of colloidal and CER-ex-
tractable carbohydrates as well as proteins by microalgae and by bacteria, could be
shown at all depths (except for the sediment surface, no relation of bacteria and pro-
tein, Table 3.5). The positive relation of pheopigments and polymeric substances hints
towards the release of EPS from senescent algal material (Table 3.5).

3.2  ·  Determination of Sediment Stability by Its Physico-Chemical and Biological Properties
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Correlation of sediment stability and sediment properties

Physico-chemical properties.  The critical shear stress showed positive relations with
the clay and silt fraction (<63 µm), as well as with TOC and CEC (Table 3.6, Gerbersdorf
et al. 2005, 2007). Along with decreasing grain size, the cation exchange capacity (CEC)
is increased due to the enhanced number of active adsorption sites in fine-grained
sediments. In muddy sediments, the organic content is much higher compared to quartz
sand, and these polymeric compounds with active binding sites will add to sediment
stability by adsorption to the small particles (de Brouwer et al. 2000). Moreover, the
sediment will consolidate over time and depth (Table 3.4), mostly a dewatering effect
(Perkins et al. 2003), which is often reflected in increasing bulk densities. In the present
data set, sandy layers with high bulk density and low erosion resistance were not ex-
cluded from the data set. Accordingly, the relation between critical shear stress and
bulk density as well as water content showed some inherent pattern (Table 3.6). Usu-
ally, the shear stress was positively correlated with bulk density (e.g., 0.65, p < 0.001
for top layers of Fahlberg), while the relation with water content was inverse as could
be shown for the top 10 cm sediment from the groyne field Fahlberg (Table 3.6).
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Biological properties.  The interrelations between the critical shear stress of erosion
and the microorganisms as well as their excreted EPS components have been highly
variable in spatial, temporal and vertical terms (see also Gerbersdorf et al. 2005, 2006a,b).
At times of high photosynthetic/metabolic activity, huge concentrations of polymeric
substances were produced in the top sediment layers, closely related to the biomass of
their producers: microalgae and bacteria (Table 3.5). Plotting sediment surface (0–0.5 cm)
data from different study sites and seasons together, positive relations between the
sediment stability and microalgal/bacterial biomass (Pearson’s r = 0.28 / 0.42) as well
as the resin-extractable carbohydrates (Pearson’s r = 0.44) could be ruled out
(Gerbersdorf et al. 2006b). With depth, the biomass of the microorganisms as well as
their excretion products were decreasing (Fig. 3.5a and b) while sediment stability was
increasing, resulting in some negative interrelations within the top sediment layers
(Table 3.6). In deeper layers, a positive relation between all biologically produced EPS
components and sediment stability could be ruled out, independent of the biomass of
the EPS producers (Table 3.6, Yallop et al. 2000). Migratory activity of buried microalgae
might have maintained the pool of polymeric substances by permanent excretion of
colloidal carbohydrates during movements (de Brouwer and Stal 2002; Underwood et al.
2004). Secondly, the bacterial EPS production might have gained more and more im-
portance in layers below the photic zone. However, increasing ratios of carbohydrates
and proteins over microorganisms biomass indicated rather irreversible binding of the
biologically produced polymeric material to sediment particles and thus, accumula-
tion over depth. Although it is known that colloidal carbohydrates are easily dissolved
in water, the large adsorptive surface area in fine-grained sediments might retain even
loosely bound carbohydrates, followed by a possible conversion into stronger attached
fractions (de Brouwer et al. 2000). Consequently, not only the more recalcitrant CER
carbohydrates with higher partition coefficient (indicating higher adsorption to sedi-
ment particles, de Brouwer and Stal 2001), but also the colloidal carbohydrates as well
as proteins (presumably exoenzymes, Flemming and Wingender 2001) accumulate over
depth or in distinctive sediment horizons. Presumably, the variations in the relation
between biological properties and sediment stability were not only due to different
quantities at the different study sites, seasons or depth (Table 3.6). The quality of the
polymeric substances might also be crucial for binding sediment particles (Gerbersdorf
et al. 2005). The quantity as well as the stabilizing potential of EPS might vary due to
the physiological status and the taxonomic composition of their producers, influenced
by abiotic parameters such as nutrients and light (de Brouwer and Stal 2001; Smith and
Underwood 2000).

Combined influence of sediment properties on sediment stability. Although the
correlations between the critical shear stress and single sediment properties have been
significant, the correlation coefficients were low (up to 0.54 only, Table 3.6). Hence,
PCA (Principal Component Analysis) was conducted in order to assess the covariance
pattern of the sediment properties and their impact on sediment stability. Due to the
high variability of the biological data, this multivariate statistic approach was performed
for limited data sets of similar origin (e.g., study site, season): Lauffen January–Decem-
ber 2003, Deizisau/Hofen/Poppenweiler April 2004 (river Neckar), Fahlberg June–No-
vember 2005 (river Elbe). All other study sites were sampled only once, thus their data

3.2  ·  Determination of Sediment Stability by Its Physico-Chemical and Biological Properties
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set was too small to conduct PCA. Congruently, the combined influence of grain size,
TOC, CEC and polymeric substances, constituting the interparticle forces, was most
important for sediment stability. In all cases, the critical shear stress correlated best to
the main components in which these appropriate sediment properties were combined.
Thereby, the magnitude of the correlation coefficient was significantly enhanced com-
pared to the correlations between shear stress and single sediment properties only.
The correlation coefficients applying the PCA approach were R = 0.88 for Lauffen
(Gerbersdorf et al.  2005), R = 0.70 and 0.91 for Deizisau, Hofen, Poppenweiler
(Gerbersdorf et al. 2007) and R = 0.81 for Fahlberg (biplot of critical shear stress to
main component I in Table 3.7, biplot not shown).

3.2.4 Conclusions

The present study evaluated the covariance pattern of physico-chemical and biological
sediment properties and their impact on sediment stability, investigating natural sedi-
ments from contaminated riverine sites over depth. Biogenic mediation was mainly
due to the mucilaginous matrix of extracellular polymeric substances (EPS), excreted
by microalgae and bacteria. These polymeric substances such as proteins and carbo-
hydrates contributed significantly to the inter-particle forces, along with grain size,
TOC (total organic carbon) and CEC (cation exchange capacity). This interplay be-
tween fine-grained sediment, offering high binding capacities and charge densities, as
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well as polymeric substances, permeating the void space and coating particles with
their active binding sites, is most crucial for erosion resistance. Hence, the influence of
both, physico-chemical and biological properties could be shown, even over depth, where
mostly sedimentological impact was considered before. This overall sediment protec-
tion by particle-organisms interaction may be more effective in resisting erosion forces
than pronounced surface biofilms, which have been the focus of investigations so far.
In assessing the collective influence of sedimentological and biological properties, a
better correlation between sediment stability and the master-variables could be achieved
in comparison to single correlations. The need for such a comprehensive risk assess-
ment of contaminated riverine sites became again evident in the present study, because
at all study sites, low erosion resistance was determined within the sediments to depths
of 50 cm. Compared to naturally occurring bottom shear stress, a severe erosion risk of
these polluted sediment horizons could be established, even for medium-energy events.
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3.3 Simulation of Water Column Hydrodynamics by Benthic Chambers

3.3.1 Introduction

Water quality in coastal and inland water depends mainly on pollutant mobilization and
dispersal. The processes of changing water quality are closely connected to the dynamics
of fine sediments. Therefore the understanding of water quality requires a deeper insight
in the processes of erosion, transport, deposition and consolidation of particulate matter
under various physical, chemically and biologically conditions. Not ignoring the impor-
tance of chemical and biological controlled dynamics of particulate matter, it is obvious
that all processes determining the water quality basically are affected by hydrodynamics.

Laboratory tests of the various interlinked processes of water quality dynamics are
better reproduced under hydrodynamic conditions equivalent to the natural environ-
ment. These tasks call for a suite of different experimental devices to reproduce the
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specific hydrodynamic conditions (a) in the benthic zone as well as (b) in the water
body. In principle, a set of different experimental devices exist to fulfill the specific
hydrodynamic conditions in these regions. With most of these only a single hydrody-
namic parameter, considered as the most important one, for a selected sedimentologi-
cal, chemical or biological process can be well controlled.

Within the SEDYMO project we developed an experimental apparatus to control more
than one hydrodynamic parameter which affect processes on the benthic zone and in the
water body occurring synchronously. The main task for the Benthic-Water-Column-Simu-
lator (BWCS) was the ability to perform investigations on the full cycle of erosion, trans-
portation, deposition and consolidation of fine sediments at different physical, chemical
and biological loading. Here the design and main characteristic of the BWCS are pre-
sented. BWCSs or the parent system – the Gust microcosm (Gust and Müller 1997; Tengberg
et al. 2004) – were used for various projects within SEDYMO and the reader is referred to
the corresponding contributions (Kleeberg 2006; Paterson 2006; Siepmann 2006).

3.3.2 Design of the Benthic Water-Column-Simulator

The design of the BWCS is determined by the requirement to control the most impor-
tant hydrodynamic parameter for small scale processes occurring in the benthic zone
as well as the most important hydrodynamic parameter controlling small scale pro-
cesses in the pelagic region. In the benthic zone where exchange processes of particles
and solutes at the interface between the fluid and the bed are dominant, the dynamic
flow characteristics of the boundary layer are most relevant although the hydrostatic
pressure is also important. For an equilibrium boundary layer flow, the most impor-
tant hydrodynamic parameter is the bottom shear stress τb. For chemical and/or par-
ticulate reactions in the pelagic flow field then turbulence, characterized by u' (= RMS
velocity) or, assuming isotropy, the turbulent kinetic energy (TKE)

(3.1)

is the most important hydrodynamic parameter.
A review of the existing erosion devices, channels or flow chambers (Brunk et al.

1996; Gust and Müller 1997; Tengberg et al. 2004) shows that in most cases either the
bottom shear stress or the flow turbulence is well controlled. The principles of flow
generation used in these different devices to adjust the hydrodynamic parameters are
of various kind. Rotating disks, cylinders or special shaped bodies are mostly used for
generating the desired values of bottom stress. For generating turbulence in the pe-
lagic zone, moving grids or rotating paddle systems are used. But sometimes these
systems are also used for generating bottom stress and vise versa. The Gust microcosm
(rotating disk with central suction) and the EROMES system (propeller system) are
widely used devices with a long history of investigation (Gust 1990; Müller et al. 1995;
Gust and Müller 1997). A combination of these two systems could establish an experi-
mental apparatus which allows the control of mean flow, bottom stress and flow tur-
bulence within the same experimental system.

3.3  ·  Simulation of Water Column Hydrodynamics by Benthic Chambers
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The newly developed Benthic-Water-Column-Simulator is a dual-propeller system
with adjustable pitch and shaft length (Fig. 3.6). The propeller system itself is housed
inside a cylinder (diameter D = 290 mm, overall height = 420 mm), with the first pro-
peller plane at a height of 180 mm above the bed. The pitch angle αP of this four-
bladed propeller (diameter Dp1 = 200 mm) is adjustable between +30 deg and –30 deg.
The propeller blades terminate in a skirt of 70 mm height. The second propeller (di-
ameter Dp2 = 50 mm) is a fixed pitch (αP = 40 deg) three-bladed propeller. The propel-
ler blades also terminate in a skirt (30 mm height). Both propellers are fixed on a single
shaft and rotate at the same frequency. The distance of both propellers on the shaft
relative to each other and the bottom of the BWCS is adjustable. Consequently, by
adjusting the pitch of the uppermost propeller and changing the direction of rotation,
four different operational modes can be realized – two propellers with opposite or same
pitch and clockwise or counter clockwise rotation.

Due to the mainly rotational character of the BWCS flow there is a difference in
comparison to the open channel flow of a river flow. In the BWCS the main flow com-
ponent is the peripheral flow component u. In addition the mean radial flow compo-
nent and the mean vertical flow component which are negligible in-situ are present in
the BWCS. However, these components should be negligible compared to the periph-
eral flow component in general. The radial and vertical dependence of all velocity

Fig. 3.6.
Benthic Water-Column-
Simulator (BWCS) equipped
with an optical window for
LDA measurements (left side)
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components also leads to anisotropy of turbulence and a radial distribution of bottom
stress. Consequently, the design and especially the operational modes of the BWCS
have to ensure, that these device-dependent differences will not influence the small
scale processes to be investigated.

The design of the BWCS has to meet requirements arising from the variability of
bottom stress and turbulence in natural flow. One regional focus of the SEDYMO project
was the river Elbe, thus the BWCS need to fulfill the in-situ conditions of the tidal
dominated estuary of this river at least. Synchronous measurements with a Broad-
band-ADCP system and a lowered Single-Point-ADV system were carried out during
one tidal cycle to obtain characteristic in-situ data on flow turbulence and bottom shear
stress. The mean flow characteristic (Fig. 3.7) was continuously monitored by the ADCP-
system and the ADV-system recorded the depth-dependent 3-D turbulence character-
istic (Fig. 3.8). Data were sampled at a frequency of 25 Hz. Using the ADV capability
to measure the near-bottom distance with high precision, the bottom shear stress was
determined by

(3.2)

where µ = dynamic viscosity, u = depth-dependent mean flow velocity, h = depth,
ρ = density and u* = friction velocity. The origin of the coordinate system used is lo-
cated at the (time-dependent) water surface with the vertical axis directed upward.

Fig. 3.7. Representative results showing flow velocity (m s–1) against height (m) of the normal flow
component through a cross-section at the river Elbe (Süderelbe, near Oortkaten, at September 25, 2003)
obtained with a Broadband-ADCP during one tidal cycle

3.3  ·  Simulation of Water Column Hydrodynamics by Benthic Chambers
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The acquired field data from river Elbe established the range and upper values of tur-
bulence intensities, mean flows and bottom stress for the design of the BWCS. In ab-
sence of the water–air boundary layer the field data on turbulence intensity fits the
exponential decay law

(3.3)

as proposed by Nezu and Nakagawa (1993). We found that over a tidal cycle the value of
the constant C varies in range between 1.7 and 2.1. For the design of the BWCS the
value of C = 2.3 was taken as the upper limit for realistic turbulence intensities coupled
to the friction velocity u* as the main design parameter.

3.3.3 Characteristics of the Benthic Water-Column-Simulator

Compared with existing but more simple flow chambers and erosion devices, where
only one parameter (e.g., frequency of the rotating disk) can be adjusted, the variety of
adjustable parameters (frequency, pitch, distance of the both propeller and operational
modus) leads to a large amount of calibration details. For calibration of the BWCS
temperature-compensated hot film technique (Hensse et al. 1997) and a DANTEC 2-D
LDA system were applied. The hot film technique provides the friction velocity (mean
and fluctuation) and the LDA system was used to record velocity and turbulence of the
flow at selected locations in the water column of the BWCS.

Results from first measurements confirmed the expectation that two optimal op-
erational modes exist, one a so-called ‘propeller mode’ and the other a so-called ‘micro-
cosm mode’. The propeller mode is characterized by an orientation of pitch and direc-
tion of rotation such that both propeller generate a rotational flow which is directed
towards the bottom of the BWCS. The principle of continuity leads to an upward di-

Fig. 3.8.
Representative results for
depth-dependent flow
turbulence obtained with a
lowered Single-Point-ADV
system (same location and
time as data from Fig. 3.7)
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rected rotating flow within the gap between housing and skirt of the four-bladed pro-
peller. The microcosm mode is characterized by an orientation of pitch and direction
of rotation such that the four-bladed propeller (the upper one) operates in the same
mode as at the propeller mode, but the three-bladed propeller (lower one) operates in
the opposite rotation. A flow inside the BWCS similar to that inside the Gust micro-
cosm (rotational flow with a central suction part and an outer region where the sec-
ondary flow is directed towards the bottom) is thus generated. A BWCS with a four-
bladed propeller with a developed area ratio DAR = 1.0 and pitch αP = 0 deg produces
a similar flow field to the Gust microcosm.

The experimental work to calibrate the flow inside the BWCS was supported by a
flow simulation model using the Navier-Stokes-Equation-Solver COMET. Due to the
sensitivity of the flow to small geometrical changes a validation of the numerical simu-
lation method was executed by comparison of results from simulating the Gust micro-
cosm with extensive LDA measurements of the overall flow. The results shows a good
agreement except for the highly turbulent central region where either simulation or
experimental data are discordant. The next level of flow simulation simulated a pro-
peller inside a cylinder and we again compared the results with measured data. The
established numerical flow model is suitable for design of single-propeller BWCS and
similar flow chambers or erosion devices such as the EROMES system.

The simulation results are used on one hand to establish an effective grid of mea-
suring points which allows a timesaving calibration procedure but on the other hand
to guarantee that any overlooking of a flow sensitive region cannot occur. Flow sensi-
tive regions are characterized by unstable flows which could appear at the central axis,
the regions of strong flow interaction between the both propellers (esp. at the micro-
cosm mode) and in the region with the radius Dp1/2 of the uppermost propeller.

Control Parameter: Bottom Shear Stress

To calibrate the BWCS for the control parameter bottom shear stress or friction
velocity u* this was measured by the hot film technique at radius r = 0, 54, 92, 110 and
130 mm. Data were sampled at a frequency of 25 Hz over 6 minutes to obtain a suffi-
cient sample for statistical evaluation. For comparison of the results at different opera-
tional modes and/or changed geometric configuration an area-weighted value of fric-
tion velocity

(3.4)

was calculated from the time-averaged values u*i at the radii ri. The pitch αP was set to
αP = 10, 20 and 30 deg and the distance d between both propellers was set to d = 155,
130, 100 and 65 mm. The distance H of the uppermost propeller to the bottom always
remained at H = 180 mm. The rpm-values ranged from 20 to 180 rev. min–1. Measure-
ments were performed under all four different operational modes but only results for
the most different modes are presented here.

3.3  ·  Simulation of Water Column Hydrodynamics by Benthic Chambers
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The selection for the two operational modes (suction mode and microcosm mode)
is on one hand due to the different flow stability these modes provide and on the other
hand due to the very different hydrodynamic characteristics for each (see Fig. 3.9). In
the microcosm mode and the propeller mode a very sensitive investigation of fine
sediment dynamics at low friction velocities is possible. At the same rpm the area-
weighted values of friction velocity generated in the BWCS are lower than at a compa-
rable setting in the Gust-microcosm.

In the suction mode (area-weighted) bottom shear stress up to τb = 1 N m–2

(u*≅ 3.2 cm s–1) were generated. Here an extension of the operational range of the
Gust-microcosm is achieved and investigations on the erosion-deposition cycle of more
erosion-resistant sediments can be performed. The influence of pitch angle changes
can clearly be seen in Fig. 3.9. At the pitch angle αP = 10 deg the flow characteristics is
more similar to the original Gust-microcosm, especially at low rpm. To generate stable
flow conditions, especially at the suction mode, we recommend pitch angles αP≥ 20 deg.

Changing the distance between the propellers had only a weak influence on the area-
weighted bottom shear stress. In the microcosm mode, which has the greatest sensitivity
to this distance, the values of the area-averaged friction velocity at rpm = 180 rev. min–1

differ by 15% between the minimal and maximal distance. In agreement with the
numerical model, the greatest friction velocities were measured for maximum distance.
At rpm = 20 rev. min–1 no significant difference due to changed propeller distance d
was measured.

Control Parameter: Flow Turbulence

The synonym ‘flow turbulence’ is here used for turbulent phenomena as caused by
turbulent fluctuations of the bottom shear stress τb' (resp. u*') and by turbulent
fluctuations u' in the water column of the BWCS. This differentiation is required be-
cause of the two measuring principles used for calibration of the BWCS. With the used
hot film skin friction probes, the measurement of bottom shear stress and fluctuations

Fig. 3.9.
Characteristics of the BWCS
for area-weighted friction
velocity (cm s–1) depending on
operational mode, pitch angle
of the uppermost propeller
and revolutions per minute
(rev. min–1)
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at the head of the BWCS are feasible, but not the measurement of the internal flow.
With the LDA technique, the internal flow velocity and its fluctuations are measured.
There is a connection between these measurements where a relationship similar to
Eq. 3.3 exists for the very complex flow inside the BWCS.

From the hot film measurements the turbulent fluctuations of the bottom shear
stress were obtained (Fig. 3.10). Both of the presented operational modes shows a slightly
different behavior, yet, the values remain around u*'/u* ~ 0.1 over the full range of rpm.
This parameter shows clearly an advantage of the BWCS design. This value lies at the
same range achieved with the Gust microcosm and is similar to that of open-channel
flow (Gust and Müller 1997). The high bottom shear stress fluctuations which were
observed for the EROMES system (simple stirrer principle) (Müller et al. 1995) were
effectively reduced but the advantage of a propeller system was maintained – reaching
high values of friction velocity at moderate rpm. The characteristic feature of a Gust
microcosm – rising friction velocity turbulence with growing rpm – as well as the
constant or slightly decreasing turbulence of a propeller system with growing rpm were
found in a less pronounced manner for the BWCS.

Execution of the LDA measurements was not simple. By using a 2-D LDA system a
coincident measurement of the 3-D flow velocity vector at the desired measuring points
inside the BWCS was not possible. The measurement of the 3-D velocity was executed
by a twofold 2-D measurement under the fulfillment of matching conditions for the
peripheral velocity. The measurements covered the water column from near bed up to
60 mm above the height of the uppermost propeller plane. The first result is that the
mean radial and vertical velocities are mostly 10 percent lower than the local periph-
eral velocity, except for the gap between the skirt of the uppermost propeller and the
housing of the BWCS. Here a significant rising vertical velocity was measured (up to
50 percent of the peripheral velocity), leading to a rapid transport of particles and solutes
to the top of the BWCS. Downward transport will occur through the propeller plane.

The characteristic of flow turbulence in the water column up to 250 mm height
above bottom of the BWCS is shown (Fig. 3.11). This depth-dependent distribution of

Fig. 3.10.
Characteristics of the BWCS
for turbulence of friction
velocity (ratio of fluctuations
and mean; area-weighted
values) depending on opera-
tional mode, pitch angle of
the uppermost propeller
and revolutions per minute
(rev. min–1)
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turbulence was measured at a radius of r = 119 mm. Vertical profiles at other radii look
similar. The measured differences between microcosm mode and propeller mode as
documented (Fig. 3.11) are caused by flow interaction of both propellers. Due to the
opposite action of the two propellers in the microcosm mode the turbulence intensity
is larger in this mode. More detailed tuning of the propeller design should allow an
exact matching of an in-situ measured near-bed depth-dependence.

3.3.4 Conclusions

The newly developed Benthic-Water-Column-Simulator (BWCS) is an effective tool for
laboratory investigations of fine sediment dynamics. It merges the advantages both of
the Gust-microcosm and the EROMES system. Synchronous reproduction of the small
scale flow and bottom shear stress characteristics of natural flows similar to an open
channel flow can be achieved segment-wise for the whole water column with the BWCS
filled with artificial or natural sediments. At the present development stage, the system
is calibrated up to bottom shear stress τb = 1 N m–2. The construction of the system is
simple and robust. Within the SEDYMO project this device was applied for erosion and
entrainment measurements. The reader is referred to the corresponding contributions
(Kleeberg 2006; Paterson 2006; Siepmann 2006).
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3.4 Fine Sediment Behavior in Open Channel Turbulence: an Experimental Study

3.4.1 Introduction

Water quality in natural rivers is strongly related to the occurrence of fine sediment
particles in the water body. Fine sediment particles offer large surface areas relative to
their volume and a high adsorption potential leading to electrostatic agglomeration of
contaminants at the particle surface. Furthermore, chemical reactions that occur at the
particle surface modify the contaminants. To study contaminant transport in rivers
the behavior of fine particles under natural conditions has to be investigated. The im-
portant processes are aggregation and disaggregation, leading to floc sizes of different
orders of magnitude.

The driving mechanical force in the system is induced by the flow. The flow velocity
is composed of a mean flow and the turbulent velocity fluctuations around the mean.
The velocity fluctuations are responsible for shear forces and collision of single par-
ticles (van Leussen 1994). Therefore, the transformation of the floc size is strongly
related to the turbulence conditions in the open channel water column as described by
Nezu and Nakagawa (1993).

3.4  ·  Fine Sediment Behavior in Open Channel Turbulence: an Experimental Study
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In an improvement of the differential turbulence column (Brunk et al. 1996) the
turbulence is well-controlled and the particle size and the concentration profile can be
observed in order to obtain a relationship between mass concentration and shear forces
affecting aggregation and disaggregation. This system was used to simulate these pro-
cesses for different conditions like in nature.

3.4.2 Experimental System

The system was designed to simulate the turbulence profile of open-channel flow using
grids oscillating at different frequencies distributed over the vertical column. Thus, the
particle behavior over time can be studied locally under well-controlled turbulence
without advection taking place. In open-channel flow particles are advected with the
mean flow and therefore, not traceable with stationary measurement equipment on
their path in the river though changing environmental conditions. Based on the studies of
Brunk et al. (1996) a differential turbulence column was constructed to reproduce a tur-
bulence profile typical for open channel flows, such as rivers (Nezu and Nakagawa 1993).

Sridic et al. (1996) showed the advantage of using oscillating grid pairs instead of
single grids to produce a larger area of homogeneous turbulence and amplifying the
turbulent fluctuations additionally. In the present study, five pairs of oscillating grids

Fig. 3.12.
Sketch of the differential
turbulence column
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were arranged vertically in a perspex tank (Fig. 3.12). The plan dimensions were 50 × 35 cm,
while the height was 133 cm. Each grid was controlled separately via PC and could be
adjusted to different frequency and strokes, leading to turbulence characteristics as
given by Hopfinger and Toly (1976).

To determine the flow characteristics in the tank different methods for velocity
measurement were used. A Laser Doppler Velocimeter (TSI Corp.) was adapted to an
automatic traversing system to measure the mean flow and the turbulence intensities
in vertical profiles. To get an impression of the complete flow field in the middle region
of the tank Particle Image Velocimetry (PIV) was used. Therefore an PIV-System
(LaVision) with an 20 mJ Nd:YAG Laser and a CCD camera was installed.

To investigate changes in the particle size distribution of the suspended sediment
particles under given turbulence conditions, an in-line microscope (Aello 7000) was
used. The microscope consists of an stainless steel tube with a diameter of 38 mm which
has a 8 mm wide gap in the mid-section, where the CCD sensor of a fire wire camera
and illumination unit are located. The camera can resolve particles between 4 and
500 µm which are located in the focal plane behind the sapphire observation window.
The in-line microscope could be inserted into the differential turbulence column at
different positions through process inlets, while the system was running. Seven of these
inlets were located on the back of the tank at different levels. The images were ana-
lyzed with image recognition software to detect particles and to determine their size
in the focal plane. For that purpose a two-step analysis was used. In the first step, sharp
edges were detected. In the second step contiguous areas were analyzed. Regions with
contiguous area and sharp edges are counted as particles.

The measurements of the particle size were completed by measuring the water
column turbidity continuously to record the mass distribution of sediment. A single
turbidity sensor (Honeywell APMS-10GRCF-KIT) with a automatic sampling unit was
positioned at seven sample positions with height over the chamber. The sample posi-
tions were measured concurrently. At the end of each cycle a reference fluid was mea-
sured and between each change of position the sensor was flushed. This cycle was
continued for the complete time of an experiment. The sensor was also individually
calibrated to each type of sediment.

3.4.3 Results

Turbulent Flow Field

A key precondition for conducting experiments on floc size distribution is a well con-
trolled turbulence distribution in the tank. For the first phase it was necessary to deter-
mine the turbulent conditions in the differential turbulence column and optimize it to
represent the profile of the turbulent intensities of an open channel flow. For these
measurements the LDV was used, with a measurement location in the center of the
column. The agitation conditions of the oscillating grids were based on the result of
Brunk et al. (1996). The frequencies of the grids were varied between 1 Hz to 6 Hz. The
stroke was varied between 2 cm and 5 cm. Finally the stroke was fixed at 3 cm to span
a wide range of useful turbulent fluctuations.

3.4  ·  Fine Sediment Behavior in Open Channel Turbulence: an Experimental Study
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PIV measurements at 14 different positions were taken (Fig. 3.13). The bottom grid
frequency was set to 4 Hz. The mean flow shows clear secondary flow cells with flow
velocities less than 5 cm s–1. This flow is result of the geometry and production of
turbulence by the oscillating grids. The size of these cells correspond with the size of
the grids.

The turbulence intensity can be expressed as turbulent kinetic energy k1/2, defined as

(3.5)

in which u', v' and w' are the velocity fluctuations in x-, y- and z-direction (Fig. 3.13b).
With the assumption of isotropy, the turbulent kinetic energy can be written as

(3.6)

Fig. 3.13. a Mean velocity and b turbulent kinetic energy in the center region of the differential turbu-
lence column, measured by PIV
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The distribution of k in the center region is given (Fig. 3.13). The turbulent kinetic
energy decreased towards the surface, while in the center region it stays laterally constant.
Close to the bottom the fluctuations were damped to zero. The turbulent fluctuations
represented by the RMS-velocities were slightly stronger than the secondary flow.

The LDV measurements were obtained to visualize the distribution of the turbulent
fluctuations (Fig. 3.14). The result of different agitation conditions from 1 Hz to 5 Hz
of the bottom grid frequencies, scaled by the water depth and a corresponding shear
velocity u* were recorded (Fig. 3.14). In comparison the vertical profile of the turbu-
lence intensities in a natural river as determined by Nezu and Nakagawa (1993) was
also plotted. In detail, the effect of the oscillating grids was seen in the distribution of
the turbulence intensities. Due to the different frequencies of the grids and their re-
sultant movement in opposite directions, an increase in turbulent fluctuations at the
gap between two pairs of grids was observed. This produces strong peaks of turbulent
intensities between pairs of grids. In the center of a pair of grids the production of
turbulence is decreased because of the lesser fringe effects. However, the average of
turbulent fluctuations in the differential turbulence column fell within the natural range
of conditions of an natural river.

Particle Size Distribution and Development

The second phase of work was to determine the behavior of fine sediment under tur-
bulent conditions. In the present case kaoline (Dorfner H III GF) was used to represent
the sediment and to remove the influence of the complex mixture of different ingredi-
ents in natural sediment. Kaoline is one of the largest fractions in natural fine sedi-
ments. The sediment concentration was in a range from 100 to 1 000 mg l–1 under dif-
ferent turbulent conditions. At the beginning of the experiment, the sediment was com-
pletely mixed into the water column. During the experiment, the particle size distribu-
tion was measured at a constant height with the Aello microscope. After a steady state

Fig. 3.14.
Distribution of the turbulent
kinetic energy for different
turbulent conditions
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of the particle size distribution was reached, the microscope was used to measure the
sediment size distribution at seven different heights. Simultaneously, the turbidity was
measured at the same seven positions during the complete experiment.

The evolution of the volumetric particle size distribution over time was recorded
(Fig. 3.15). The initial concentration of kaoline was 500 mg l–1. The frequency of the
bottom grid was 1 Hz. The measuring plane of the microscope was positioned in the
center of the column at z/h = 0.68.

While the experiment was running an increase of the particle size could be ob-
served from t = 0 min to t = 60 min. After reaching a maximum particle size at
t = 60 min, the particle size decreased reaching a steady state after approximately 90 min.
This phenomenon can be explained by the development of a mass concentration pro-
file, starting from fully mixed conditions. This will be shown later using the turbidity
measurements. The particle size in the steady state is larger than the initial particle
size, which means that under the given turbulence conditions particle aggregation is
taking place.

After achieving the steady state particle size distribution, the position of the micro-
scope was changed over height, so that a volumetric size distribution profile could be
measured (Fig. 3.16).

The particle size increased towards the surface in accordance with decreasing tur-
bulence. In the upper region, the turbulence and therefore, the shear forces are small
enough to allow aggregation. The largest particle size distribution was found at the
second level at z/h = 0.68. This can be explained using the mass concentration profile
(Fig. 3.18). In the top level the amount of sediment material is so small, that the ran-
dom conjunction of two particles is relatively rare and the fabric of the aggregated
particles is not very strong. The effect of doubling the turbulence intensities on par-
ticle size distribution was investigated (Fig. 3.17). The initial particle size distribution
was the steady state of the described experiment. The particle size distribution was
measured as before at z/h = 0.68 in the center of the column and the volumetric par-
ticle size distribution at different time steps was recorded (Fig. 3.17). At time t = 0 min
the particle distribution shows larger particles due to aggregation that occurred under

Fig. 3.15.
Evolution of the particle size of
kaoline at z /h = 0.68 with a mean
concentration of 500 mg l–1
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the previous low turbulence regime. After t = 5 min with the turbulent intensity doubled,
most of the aggregates were destroyed and the distribution again reached a steady
state, with smaller particle sizes similar to the initial conditions at the beginning.

Additional to the investigation of particle size, the mass concentration in the differ-
ential turbulence column was also measured with a turbidity sensor at the same heights.
Scaled by a calibration, the data can be transformed into mass concentration profiles.
The artificial sediment Kaolin was used with an initial concentration of c0 = 500 mg l–1,
fully mixed into the differential turbulence column. The calibrated mass concentration
at different levels for different turbulent conditions was recorded (Fig. 3.18). Initially,
the turbidity in the top region started to decrease after 20 min followed by a decrease
in turbidity at lower levels. This diagram represents pure particle settling (Fig. 3.18a).
In the next case (Fig. 3.18b) the bottom grid frequency was 1 Hz, with lower frequen-
cies in the upper layers to simulate an open channel turbulence profile. A slight settling
tendency in the complete water body was noted. However, in the two upper regions an

Fig. 3.16.
Distribution of floc size of
kaoline over depth at
t = 240 min with a mean
concentration of 500 mg l–1

Fig. 3.17.
Segregation of kaoline flocs
with a mean concentration
of 500 mg l–1 by doubling
the turbulent intensity at
z / h = 0.68
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additional decrease of mass was observed at the beginning. The timescale for develop-
ing the mass stratification is about t = 90 min, the same as for reaching a steady state
of the particle size distribution. In the lower region the suspension remains fully mixed
with homogeneous concentration due to the higher turbulence level.

In the last case shown, the turbulence of the bottom grid frequency was increased to
4 Hz. In this case only a slight sedimentation was observed. The suspension in the water
body remained fully mixed and the mass distribution over depth is constant (Fig. 3.18c).

3.4.4 Conclusion and Outlook

For investigating the behavior of fine sediment particles under turbulence conditions
similar to open channel flow a differential turbulence column was designed. Oscillat-
ing pairs of grids were used to produce a turbulence profile. Velocity measurements
using LDA and PIV demonstrate that the turbulence conditions in the column can be
well controlled. The turbulence profile can be adjusted to represents average condi-
tions of open channel river flow. Secondary flow in the column due to the geometry
and the agitation has been suppressed as much as possible so that its influence on the
particles can be neglected.

The evolution of the particle size of the particle ensemble and of the concentration
profile was observed by an in-situ microscope and by continuously sampling the
turbidity at 7 different levels. The investigation showed a tendency for single particles
to build aggregates in regions of low turbulence. The size of the aggregates was limited
by the shear forces due to the turbulent conditions and the amount of mass.

Fig. 3.18.
Mass distribution evolution of
kaoline at various turbulent
conditions, a no agitation and
pure settling, b low turbulence
with 1 Hz bottom grid frequency,
c stronger turbulence with
4 Hz bottom grid frequency
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The investigations on the particle size distribution and the concentration profile
will be used for calibrating a numerical model (Ditschke and Markofsky 2006). For
that purpose additional experiments are planned with other artificial and natural sedi-
ments, including those containing biological activity.
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3.5 Influence of Microbial Colonization on the Sediment Erodibility
in an Intertidal Groyne Field of the River Elbe

3.5.1 Ecological Relevance of Erosion and Resuspension

The accumulation of fine grained cohesive sediments and their enhanced concentra-
tions of inorganic and organic nutrients as well as pollutants is a wide spread problem
in aquatic environments. For the estimation of the eutrophication risk of an aquatic
ecosystem, detailed knowledge of the mobilization of polluted sediments by erosion is
required for water resource management (Westrich and Förstner 2005). Erosion may
be caused by natural events, such as water movement and biological activities, as well
as anthropogenic impacts, such as dredging. During the last decades, the erosion of
cohesive sediments and the resulting resuspension of particles in the water column
have been identified as processes of high ecological relevance. This applies to the re-
mobilization of nutrients required for pelagic primary production causing potential
eutrophication as well as to the liberation of pollutants.

3.5  ·  Influence of Microbial Colonization on the Sediment Erodibility in an Intertidal Groyne Field
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The erosion and subsequent resuspension of sediment particles is controlled by the
current dynamics and the sediment stability. Benthic organisms which colonize benthic
habitats have a great impact on sediment stability (Graf and Rosenberg 1997; Widdows
et al. 2000, 2006). Among the biological effects, the secretion of extracellular polymeric
substances (EPS) by (micro)organisms (e.g., de Brouwer et al. 2000, 2005) and
bioturbation by meio- and macrofauna (e.g., Widdows et al. 2000; Roast et al. 2004)
seem to be most important mechanisms of sediment stabilization and destabilization,
respectively. Resuspension of sediments leads to the liberation of organisms (Shimeta
et al. 2004) and particles as well as inorganic and organic matter into the water col-
umn. The suspended particles are modified and degraded through microbial activities
thus causing the liberation of nutrients and pollutants. Since suspended matter can be
transported over long distances, erosion and resuspension events may influence re-
gions remote from the origin of the events.

The goal of this study was to investigate the influence of microbial communities on
the sediment stability in an intertidal groyne field of the river Elbe (stream km 607.5).
It was of special interest to investigate the sediment stability in relation to the compo-
sition and microbial colonization of resuspended sediments, and the prevailing hydro-
dynamic conditions.

Experimental Approach

Sediments were collected with a manually operated corer from the groyne field of the
tidal Elbe during the sampling period from June 2003 to September 2005. Undisturbed
sediment columns (inner diameter of 10 cm, length of 40 cm) were exposed to increas-
ing shear stress in a particulate entrainment simulator (PES, Tsai and Lick 1986) com-
prising the range of shear stress expected in the field (>0 to 0.23 N m–2). After 2 min
exposure intervals, eroded sediment particles were taken with a 50 ml syringe from the
overlying water and filtered on Whatman GF/C filters (for details see Fengler et al. 2006).

Sediment-specific erosion curves were obtained by plotting resuspended sediments
(total particulate matter, TPM) versus shear stress. The critical erosion shear stress τcrit
was derived from erosion curves based on log transformed TPM data. The value τcrit
was defined as the threshold value above which the initial motion of sediment par-
ticles occurred (for discussions of the different approaches for the determination of
the critical shear stress compare for example Grant and Gust 1987; Paterson et al. 1999).

The structure and chemical composition of eroded particles was described by their
size spectra, contents of organic carbon and nitrogen (Köster et al. 1997), and trace
metal contents (Petersen et al. 1996). For the (micro)biological characterization of the
eroded particles, defined subsamples of suspended sediments were analyzed for total
bacteria (Meyer-Reil 1983), photoautotrophic cells, total and photoautotrophic micro-
bial biomass (Findlay et al. 1989; HELCOM 1988), and EPS (de Brower and Stal 2001).
Enzymatic microbial degradation activity and fluxes of oxygen, ammonia, and phos-
phate were analyzed in time-course experiments according to Köster et al. (1997) and
Meyercordt and Meyer-Reil (1999). Additionally, roller tank experiments (Shanks and
Edmondson 1989; Ziervogel 2003) were performed to study properties of eroded sedi-
ment particles during transport processes (for details see Fengler et al. 2006).
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3.5.2 Sediment Specific Erosion Curves and Critical Erosion Shear Stress

With increasing stabilization of the sediments, the slope of the sediment-specific ero-
sion curves decreased (Fig. 3.19). The stability of sediments from the intertidal groyne
field of the river Elbe varied spatially and seasonally with values for the critical shear
stress between >0 and 0.07 N m–2. Exposed sandy mud sediments at the edges of the
groyne field showed higher stability as compared to the more muddy sediments in the
center of the groyne field, which are less influenced by the currents. The stability of the
sediments seemed to increase in summer and to decrease in autumn and winter during
the investigation period from 2003 to 2005.

Fig. 3.19. Sediment-specific erosion curves obtained from sediments sampled at different sites in the
groyne field of the river Elbe (a central station Z during the investigation period 2003–2005, b–d stations
of the transects L and Q in January, February, and May 2004, respectively; TPM: total particulate mat-
ter). Error bars represent standard deviation (n = 3)
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Critical shear stress of the sediments that was limited to the maximum applied stress
in the system correlated significantly and inversely with the maximum concentration
of eroded sediment particles. The higher the critical shear stress, the lower the number
of eroded particles (Fig. 3.20). This significant relation underlines the validity of the
determination of the critical shear stress derived from the sediment-specific erosion
curves by extrapolation to the threshold value of particle liberation. A comparable
relation between shear stress and liberation of particles was described by Widdows
et al. (1998) for intertidal sediments.

Observations of the erosion process in the particle entrainment simulator showed
that above the critical shear stress, small particles were randomly liberated from the
sediment. The particles moved randomly on the sediment surface or were suspended
in the overlying water. With increasing shear stress, larger particles and aggregates
were released from the sediment (Fig. 3.21). The erosion was a highly dynamic pro-
cess: smaller particles stuck together, and larger aggregates broke into smaller units.
Beside erosion, deposition of aggregates on the sediment surface occurred. A layer of
fluffy material on the sediment surface (“Sedimentauflage”, Meyer-Reil 2006) was eas-
ily resuspended even at low shear stress.

3.5.3 Sediment Stability, Composition and Microbial Colonization
of Resuspended Particles

The stability of sediments of the river Elbe was reflected in the number and size com-
position of resuspended particles. A high number of small particles (<30 µm) was re-
leased from sediments that were easily eroded. A comparable dominance of small par-
ticles was observed by Ploug et al. (2002) in the highly dynamic upper Elbe Estuary.
Investigations with resuspended coastal sediments of the southern Baltic Sea showed
that fine particles are main contributors to nutrient load (carbon, nitrogen) and sites
of enhanced microbial colonization and activity (Rieling 2000).

The erosion experiments revealed that with increasing sediment stability, the
number of particles released decreased. Their size spectrum was shifted to larger

Fig. 3.20.
Relationship between maximum
concentration of eroded particles
(TPM: total particulate matter)
and critical shear stress in sedi-
ments sampled at different sites
in the groyne field of the river
Elbe (f(x) = –10865x + 1543,
r = 0.427; Z: central station
during the investigation period
2003–2005; L, Q: stations of the
transects L and Q sampled in
January, February, and May
2004, respectively). The straight
line indicates the linear
regression curve
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particles and aggregates. This applied especially to the exposed sandy mud sedi-
ments at the edges of the groyne field of the river Elbe. Sutherland et al. (1998) dis-
cussed that with increasing stability (time of non-disturbance) of the sediments,
the size of the eroded particles increased. Resuspended particles from the groyne
field of the river Elbe were intensively colonized by bacteria. The number of particles
released was significantly correlated with the number of bacteria, although the rela-
tionship patterns differed depending upon season and location in the groyne field
(Fig. 3.22). This may be explained by differences in the chemical composition of the
particles and their colonization by different physiological and taxonomic groups of
microorganisms.

Roller table experiments showed that the composition, microbial colonization
and activity of resuspended particles altered during transport processes (Fengler
et al. 2006). The particle size spectrum shifted from smaller (0–30 µm) to larger
particles (31–150 µm) during a 7-d period. The ratio of organic carbon to nitrogen
increased due to intense microbial metabolism in the dark. In the light the ratio
decreased due to the formation of fresh organic matter by primary production as
indicated by the increase of chlorophyll a. Pronounced increases in bacterial num-
bers, enzymatic microbial activity, and EPS were found within the first 2 d during
light incubation.

Fig. 3.21. Phase contrast micrographs of sediment particles eroded at different shear stress (a 0.50 N m–2;
b 1.00 N m–2; c 1.25 N m–2) from sediments of the river Neckar

Fig. 3.22.
Relationships between particle
abundance and total bacterial
number of eroded particles in
sediments investigated at
different sites in the groyne
field of the river Elbe (Z: cen-
tral station during the in-
vestigation period 2003–2005;
L, Q: stations of the transects
L and Q sampled in January,
February, and May 2004,
respectively). The straight
lines indicate the linear
regression curves
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3.5.4 Sediment Stabilization and Extracellular Polymeric Substances

Microorganisms (microalgae, bacteria, cyanobacteria) secrete extracellular polymeric
substances (EPS), which consist of carbohydrates, proteins and a variety of other or-
ganic compounds (e.g., Decho 1990; Nichols et al. 2005). Because of their gel structure
(Decho et al. 2003) and their high adsorption capacity, the EPS fulfill key functions for
the organisms and in their environment (Köster and Meyer-Reil 2002). Beside their
role in motility and adhesion of organisms to surfaces, EPS are important for binding
organic and inorganic matter and pollutants, concentrating extracellular enzymes and
supporting genetic transfer throughout the EPS matrix among the organisms (Decho
1990; Flemming and Wingender 2001). By the mediation of the properties of EPS, sedi-
ment particles are glued together. Because of their variable and complex chemical com-
position and function, the analysis of EPS and their relation to different functions is
still a problem.

Fig. 3.23.
Relationships between content
of extracellular polymeric
substances (EPS) of eroded
particles and critical shear
stress (f (x) = 50.3x + 3.6,
r = 0.537) (a), and between
EPS concentration and dry
weight of resuspended par-
ticles (TPM: total particulate
matter; f (x) = 0.003x + 7.74,
r = 0.458) (b) in sediments
investigated at different sites
in the groyne field of the river
Elbe (Z: central station during
the investigation period
2003–2005; L, Q: stations of
the transects L and Q sampled
in January, February, and May
2004, respectively). The
straight lines indicate the
linear regression curves
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The critical shear stress and the EPS content of the sediments were significantly cor-
related; the higher the EPS content, the higher the sediment stability (Fig. 3.23a). This
relation was supported by the significant inverse correlation between the EPS concentra-
tion and the concentration of the resuspended sediments (TPM; Fig. 3.23b). From these
observations it was concluded that increasing EPS contents enhanced the critical shear stress
and therefore decreased the erosion risk in sediments of the groyne field of the river Elbe.

The source of EPS production in the sediments still remains unclear. Benthic
microalgae, which are known to be the main EPS producers in shallow aquatic sedi-
ments (e.g., de Brouwer et al. 2005), can be discounted because of the low light inten-
sity (2–3 µE m–2 s–1). According to Ploug et al. (2002), light intensities of >7 µE m–2 s–1 are
necessary to support positive photosynthesis. It could be proposed that planktonic
microalgae deposited in the groyne field contribute to the EPS content of the sedi-
ments. This is supported by the significant correlation between contents of chlorophyll
a and EPS (colloidal fraction, Fig. 3.24a). Whereas meio- and macrofaua can destabilize
sediments through their movement, they may also contribute to the stabilization of

Fig. 3.24.
Relationships between content
of chlorophyll a and content of
extracellular polymeric substan-
ces (EPS) ((f(x) = 4.6x + 2.1,
r = 0.457) of eroded particles
(a), and between EPS content
and biomass of oligochaetes
(expressed as mg wet weight
per one cm3 of sediment)
((f(x) = 33.9x + 5.0, r = 0.515)
(b) in sediments sampled at
different sites in the groyne
field of the river Elbe (Z: cen-
tral station during the in-
vestigation period 2003–2005;
L, Q: stations of the transects
L and Q sampled in January,
February, and May 2004,
respectively). The straight
lines indicate the linear
regression curves
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sediments by their biogenic structures (burrows, tubes). Sediments of the groyne field
were colonized by the oligochaetes Tubifex tubifex which live in tubes coated with
mucilagenous material. A significant direct correlation was found between the bio-
mass of the worms and the contents of EPS (Fig. 3.24b). This especially applies to the
sandy mud sediments at the edges of the groyne field which were characterized by
high worm biomass, high contents of EPS, and low ratios of organic carbon to nitro-
gen, characteristic for EPS.

EPS are especially known for their high adsorption capacity for metals (Schlekat et al.
1998). With increasing erosion of particles and EPS, the release of metals from the sediments
increased (Fengler et al. 2006). The comparable patterns of mobilization of cadmium,
lead, mercury, zinc, and copper pointed to the unspecific binding of the metals to EPS.

Erosion of sediments caused a stimulation of the activities of microorganisms as-
sociated with the resuspended particles. Measurements of the respiration revealed that
the sum of the oxygen consumption of the eroded and the resuspended sediments clearly
exceeded the oxygen consumption of the undisturbed sediments (Fig. 3.25a). In sum-
mer microbial activities associated with resuspended sediments caused a considerable
release of ammonia (Fig. 3.25b). Oxygen consumption and liberation of ammonia
represent major processes causing the eutrophication of aquatic environments.

3.5.5 Conclusions

The stability of the sediments of the river Elbe was reflected in sediment-specific ero-
sion curves that varied seasonally and spatially due to variations in the chemical prop-
erties and microbial colonization of the eroded sediment particles. Exposed sandy mud
sediments at the edges of the groyne field showed higher critical shear stress as com-
pared to the more muddy sediments in the center. With increasing stability, fewer par-
ticles of larger size were liberated. Based on correlations between critical shear stress

Fig. 3.25. Measurements of oxygen consumption and ammonia fluxes (dark incubation) of undisturbed,
eroded, and suspended sediments sampled from the station Z during the period from June to Decem-
ber 2004. The bars represent mean values ±SD (n = 3)
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and content of EPS of the particles released it is suggested that deposited planktonic
microalgae and oligochaetes contributed to the EPS content and act as biostabilizers in
the sediments in the groyne field.

The fine sediment particles were main contributors to the nutrient and pollution load
in the water column. Fractionation of particles according to their sedimentation speed
showed that the fine fraction was characterized by enhanced contents of carbon, nitrogen
and phosphorus as well as enhanced microbial colonization and activity. Particularly during
the summer, bacteria associated with resuspended fine particles contributed to the
eutrophication of water by high consumption of oxygen and liberation of ammonia.

Based on our observations we conclude that the sediment stability is a key param-
eter that predicts the erosion risk of riverine sediments. Sediments with a low stability
(low critical shear stress) act as sources of nutrients and pollutants, whereas sediments
with a high stability (high critical shear stress) function as sinks which have a high
potential to bind nutrients and pollutants. To minimize the erosion risk of fine-grained
cohesive sediments in riverine environments enhanced knowledge on the impact of
sediment properties and (micro)benthic colonization on sediment stability is required
for a successful application of sediment management strategies.
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Chapter 4

This section deals with numerical and experimental investigation into the transport
behavior of fine reactive sediment fractions interacting with dissolved contaminants
in the river environment. The contributions focus on modeling transport processes
including sedimentation, erosion, mixing, flocculation, sorption and degradation.
In Sect. 4.1, a detailed description of a two-dimensional numerical module for dis-
solved and particulate contaminant transport in rivers is presented with special
emphasis on the interaction of the dissolved and particulate phase and exchange
processes between the water column and the uppermost active sediment layer. There
is a significant influence of the mixing process at the water-sediment interface on the
longitudinal dispersion of a contaminant cloud, caused for example by a flood event.
The predictive two-dimensional flow and transport model TELEMAC-SUBIEF/CTM
(by EdF) is extended and considered a powerful tool for predicting the dispersion
and deposition of hazardous substances disposed after dredging to the fluvial en-
vironment. The case study in Sect. 4.2 is an application of the above-mentioned
multifractional numerical model for the description of the disposal of highly con-
taminated dredged material in a regulated river showing the spatial and temporal
distribution of the concentration of contaminants in the plume. The results illustrate
the trapping effect of the near-bank groyne fields and the river’s dead arms, where
the contaminant are partly deposited and accumulate. In addition, the numerical
investigation also addresses the uncertainty of the model results due to insufficient
data about the concentration and fluxes of the considered contaminant. The unsteady
flow conditions in the river stretch, the fluctuating input of material by the suction
dredger and the interruption of the dredging operation could not be captured suffi-
ciently by the field measurements. Therefore, the model could not be calibrated on
data set with high temporal and spatial resolution. A detailed description of a three-
dimensional model for calculating the fate of multiple fractions of suspended sedi-
ment in an estuarine environment with emphasis on flocculation is given in Sect. 4.3.
The counteracting processes of flocculation creating larger floc size and break-up
due to turbulent shear forces are described. The sediment is divided into several
fractions and the interaction between these fractions is simulated. The numerical
model is compared with the coagulation theory and laboratory experiments. A prac-
tical application was carried out to find structural measures for the mitigation of
sedimentation in a tidal harbor within the Hamburg Harbor system in Germany. It
was shown that the model can be used to predict how a current deflection wall can
reduce sediment deposition.

Transport Modeling

Mark Markofsky  ·  Bernhard Westrich
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Section 4.4 presents a technique for differentiating between various transfer fluxes
of fine particles. It is stated that there are serious shortcomings in the modeling op-
tions currently available to account consistently for wash-load particle fluxes. The
proposed model is based on vortex-drag concepts as an option to predict resistance-
to-flow in alluvial streams displaying a dynamic bed morphology evolution. The au-
thor considers this a new perspective for simulating the transport of SPM in open
channels by acknowledging the role of suction-vortices in actively maintaining the
resuspension process. With this concept, the author shows the advantage of signifi-
cantly lowering the number of model parameters to be calibrated. Application is made
to the Scheldt Estuarine System by Antwerp.

George K. Jacoub  ·  Bernhard Westrich

4.1 Two-Dimensional Numerical Module for Contaminant Transport in Rivers

4.1.1 Introduction

Contaminants such as heavy metals or organic pollutants are adsorbed to fine
sediment particles which are transported through the river system and deposited
in the regions of low flow velocities. This results in potential sources of con-
taminants called “hot spots” which can be eroded by floods causing deterioration of
the river water quality. Therefore, the erosion, transport and deposition of con-
taminated sediments play a significant role in water resources engineering and man-
agement. It is a challenging task to model and predict the pathway and fate of
contaminated sediments with emphasis on their spatial and temporal distribution in
surface waters.

There has been intensive research trying to address the contaminant transport
in river systems based on assumptions and simplifications according to each
study case. This study however, presents the development of a 2-D numerical
module which deals with an entire physical concept of contaminant transport in
rivers. The development is based on the TELEMAC-System which consists of sev-
eral modules (EDF 2002). One of them is TELEMAC-2D which solves the clas-
sical hydrodynamic Saint-Venant equations and the other one is SUBIEF-2D which
handles the suspended sediment transport. Both modules are programmed in
Fortran 90 and based on the Finite Element formulations with unstructured grid.
The new developments are focused on the SUBIEF-2D module and named as
CTM-SUBIEF-2D which stands for Contaminant Transport Module-SUBIEF-2D.
The CTM-SUBIEF-2D module describes the transport of dissolved and adsorbed
substances in the water column and the river bed with emphasis on the inter-
action between dissolved and adsorbed contaminants using the first order sorption
kinetics “kd concept”. Physical processes such as sedimentation, erosion, dif-
fusion and degradation are taken into account. The physical based model concept
and the numerical implementation of the new developments are presented in the
following sections.
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4.1.2 Module Concept and Assumption

The numerical code used in this study is the TELEMAC-System code which consists of
several modules. One of them is the transport module, SUBIEF-2D, which deals with
the transport of one or several tracers in a two-dimensional free surface flow. SUBEF-
2D has been designed on the basis of the finite element method and the results are
integrated over the water depth according to Eq. 4.1 and the concept of the mass bal-
ance of a solute which is derived for a river section (horizontal plane) with a length of
dx and a width of dy as shown in Fig. 4.1.

The mass conservation equation is written in terms of a depth averaged concentra-
tion and consists of local derivative, advection, diffusion and source or sink terms as
defined in Eq. 4.1.

(4.1)

in which C is the substance mass per unit volume (kg m–3), t is the time (s), u and v are
the depth averaged velocity components in x,y-directions (m s–1), D__ is the dispersion
tensor (m2 s–1), So is the source or sink (kg m–2 s–1) and h

–
 is the average water depth (m).

As contaminant transport modeling in river systems represents a great challenge to
numerically model and predict the fate of contaminated sediments in fluvial systems, a
two-dimensional contaminant transport module has been developed based on SUBIEF-
2D module. The developed module, CTM-SUBIEF-2D, deals with the mass conservation
for five variables as shown in (Fig. 4.2): suspended sediment (SS), dissolved
contaminant (CD) and adsorbed contaminant (CA) in the water column as well as in the
river bed (GD and GA). The partitioning between the two variables is described by a ki-
netic sorption mechanism of first order in both the water column and the pore water of
a river bed (Chapra 1997). The exchange between the river bed and the water column for
the dissolved contaminants is driven by the concentration gradient in the water/sediment
interface in a diffusive manner and for the adsorbed contaminants the exchange is con-
trolled by sedimentation and erosion processes. The diffusion coefficient, DS, is taken
constant both in space and time and can be determined according to the experimental
studies of Haag 2003. During the transport, contaminants are subject to degradation. In
this research, a first-order decay is assumed for all chemical and biological reactions, i.e.
the rate loss of contaminants is proportional to the concentration at any time, and it can
be defined as, –λdC, (Thomann and Mueller 1987 and James 1993).

Fig. 4.1.
Illustration of two dimensions
inflow/outflow of discharge
and concentration

4.1  ·  Two-Dimensional Numerical Module for Contaminant Transport in Rivers
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The transport governing equations of the five variables can be given in the form of:

1. Mass conservation for suspended sediment in the water column, SS:

(4.2)

2. Mass conservation for the dissolved contaminant in the water column, CD:

(4.3)

3. Mass conservation for the adsorbed contaminant in the water column, CA:

(4.4)

4. Mass conservation for the dissolved contaminant in the river bed (pores media), GD:

(4.5)

Fig. 4.2.
Physical concept of the devel-
oped module CTM-SUBIEF-2D
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5. Mass conservation for the adsorbed contaminant in the river bed (sediments), GA:

(4.6)

in which S
.
, R

.
, S

..
 and R

..
 are the sedimentation and erosion rates for the suspended

sediment and adsorbed contaminant in both the water body and the river bed
(kg m–2 s–1), τb is the bed shear stress (N m–2), τ cd is the critical bed shear stress at
which deposition begins (N m–2), τce is the critical bed shear stress for erosion (N m–2), VS
is the fall velocity of suspended sediments (m s–1), M is erosion coefficient (kg m–2 s–1),
ZAB is the attributed thickness where the diffusion takes places into the water/sedi-
ment interface at the river bed (m), DS is the diffusion coefficient to the river bed
(m2 s–1), ZMIX is the mixing layer thickness (m), λd is the specific decay constant coef-
ficient (s–1), K1 is the sorption kinetics in the water body (s–1), K2 is the sorption ki-
netics in the river bed (s–1), KD is the equilibrium sorption coefficient in the water
body (m3 kg–1), KB is the equilibrium sorption coefficient in the river bed (m3 kg–1),
CSF is the deposited or eroded sediment layer concentration (kg m–3), SSS, SCD and SCA
are the source/sink terms for the suspended sediment, dissolved and adsorbed con-
taminants in the water body respectively, D__ is dispersion tensor (m2 s–1) and h

–
 is the

average water depth (m).
In the CTM-SUBIEF-2D module, a single active sediment layer of thickness Z is

considered where sedimentation, erosion and mixing take place. This concept of having
a single layer is supported as an option for reasonable results as long as short term
simulations are performed (Di Silvio 1991 and Sieben 1996). If only sedimentation of
pure and contaminated sediments occurs, then the concentration of contaminants is
averagely integrated over the deposited layer thickness ∆Z. If the active layer Z is con-
taminated and erosion occurs, the concentration of contaminant rest is determined
over the thickness Z –∆Z, Fig. 4.3.

Fig. 4.3. Simplified concept of the mixing layer used in the developed module CTM-SUBIEF-2D

4.1  ·  Two-Dimensional Numerical Module for Contaminant Transport in Rivers
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Mixing becomes more important and dominates the river bed contaminant con-
centrations if sedimentation and erosion take place simultaneously at about the same
rate. The mixing process is assumed to occur at a very thin top layer of deposited
sediments. In general, the thickness of this layer, ZMIX, is a key parameter depending
on bed shear intensity and sediment properties which change in space and time. It is
difficult to determine or measure this thickness because of lack of data. The ZMIX
thickness should be neither too thin so that it remains the same during one numerical
time-step simulation nor too large in order to reproduce effective changes of the bed
composition during the simulation (Belleudy and Sogreah 2000 and 2001). Therefore,
it is assumed that the minimum thickness should equal the smallest sediment frac-
tion in order to allow mixing.

The exchange rates between the dissolved and adsorbed contaminants in both the
water body and the river bed are controlled by sorption processes. These processes
can be mathematically presented in terms of equilibrium distribution coefficients and
sorption kinetics which are calculated considering steady-state hydraulic conditions
and defined as (Santschi and Honeyman 1989 and Carrol and Harms 1999):

(4.7)

In the Eqs. 4.5 and 4.6, the dissolved and adsorbed concentrations are calculated
from the mass rate of contaminants deposited or eroded. The right hand side of these
equations is obtained as follows:

(4.8)

Assuming that the ZMIX is independent of time, which is acceptable when short term
simulations are performed, then the Eq. 4.8 can be rewritten as:

(4.9)

in which mD and mA are the dissolved and adsorbed masses per unit area of river bed in
pores media and sediments, respectively (kg m–2).

In the Eqs. 4.5 and 4.6, the advection terms do not appear because the advective
transport velocity in the river bed is negligible when compared to the flow velocity in
the water column. Therefore, the module accounts for the vertical exchange of con-
taminants between the water column and the river bed. Then, these equations are treated
using the Finite Difference method.



123

4.1.3 Numerical Implementation

The governing equations of the CTM-SUBIEF-2D module are characterized by the
advection-diffusion terms and hence, they are classified as parabolic-hyperbolic equa-
tions. Two numerical methods have been implemented to treat the transport equa-
tions as follows:

1. The method of operator splitting.
2. The method of Streamline Upwind Petrov-Galerkin “SUPG”.

Operator Splitting Method

The solution of the transport equation procedure has two steps, e.g., an advection step
(first step) and a diffusive step (second step) as shown in Eq. 4.10.

(4.10)

in which C is the substance concentration (kg m–3), C~ is the pre-solution concentra-
tion of C (kg m–3), Cn and Cn+1 are the concentration of C at t = n and t = n + 1, respec-
tively (kg m–3).

In the first step, the advection term is treated by the method of characteristics “MOC”
using the Runge-Kutta scheme of the first order and the interpolation of characteris-
tics within the elements conforms to the finite elements method. According to the
principles of Runge-Kutta scheme and assuming that the velocity vector at a node of
an element is constant during the time step, the characteristics of each variable can be
determined as follows:

(4.11)

In the second step, Finite Difference and Finite Element methods are used for time
and space discretizations, respectively. In the finite difference method, the concentra-
tion C at time step n + 1 is calculated from Eq. 4.12 where C~ is obtained from the ad-
vection step (first step). The unknown concentration C on the right hand side of Eq. 4.12
can be replaced by the Eq. 4.13.

(4.12)

4.1  ·  Two-Dimensional Numerical Module for Contaminant Transport in Rivers
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(4.13)

in which θ  is the implicit parameter varying from 0 (fully explicit) to 1 (fully im-
plicit). It is recommended to use θ  between 0.5 and 0.6 for good and stable results.
If θ  is between 0 and 0.5, then the stability of the results is not ensured (Hinkel-
mann 2002).

Other spatial terms of the transport equation can be treated with the Finite Element
method. The concentration variable C can be replaced by an approximated value C
resulting from summing up the products of interpolation functions Ni and the node
value Ci as shown in Eq. 4.14:

(4.14)

in which i is the number of nodes per element. Three nodes per element are commonly
used in the TELEMAC-System.

When Eq. 4.14 is substituted into Eqs. 4.2–4.4 (setting up all terms on the right side),
they do not equal to zero any longer but have a residual error ε, Eq. 4.15. In order to
eliminate this error, the method of weighted residuals is used which can be applied by
multiplying the residual error by a weighting function Nj and integrating this quantity
over the computational domain Ω, Eq. 4.15.

(4.15)

Using the Standard-Galerkin method, the Nj = Ni, the following form can be ob-
tained:

(4.16)

Equation 4.16 includes turbulent diffusion and source/sink terms that can be treated
using the Green-Gauss theory according to the form:

(4.17)

in which Γ  is the boundary of the computation domain, α  is a scalar value, ν  is a vector
and n is the norm vector perpendicular on the boundary line.

Applying this concept to the transport equation and assuming that α = Nj and
v = gradC

�

, the following equation can be obtained:

(4.18)
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The integration over the boundary of the computational domain is zero which is
represented by the first term of the right side of the Eq. 4.18. Applying this equation
to the transport equations, the following set of terms of the transport equation is ob-
tained as:

(4.19)

in which C represents the concentrations of suspended sediment (SS), dissolved con-
taminant (CD) and adsorbed contaminant (CA).

There is a great number of references in literature which handle the treatment
and the implementation of the mass and dispersion matrixes of Eq. 4.19. These ma-
trixes have already been numerically treated in the TELEMAC-System (EDF 2002).
The following steps are carried out to rearrange and implement the transport equa-
tions:

1. applying the procedure mentioned in Eq. 4.19 to the five transport equations;
2. replacing dΩ  by dxdy for a two dimensions model;
3. setting the unknown variables on the left-hand side of the equations and all known

variables with coupling terms on the right-hand side;
4. using the Jacobi matrix to transform the derivatives of the interpolation functions

after considering the Cartesian coordinates.

Herewith, a representative rearranged transport equation of the adsorbed contami-
nant in the water column, CA, is shown in Eq. 4.20. The other transport equations of SS
and CD have the same structure.

4.1  ·  Two-Dimensional Numerical Module for Contaminant Transport in Rivers
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(4.20)

According to the section above, the transport equation of dissolved and adsorbed
contaminants in the river bed (GD and GA, respectively) are determined from:

     

and,

(4.21)

(4.22)

Streamline Upwind/Petrov-Galerkin “SUPG”

The method focuses on how to treat the advection term using the central difference
and optimal upwind scheme. The last is developed on the basis of an artificial diffusion k

~

(Kelly et al. 1980). The scalar value of the artificial diffusion can be calculated from
Eq. 4.23 as it is implemented in the TELEMAC-System.

(4.23)

in which δ  is the upwind scheme coefficient (–), Cr is the Courant number = (u∆t)/(∆X),
∆t is the time step (s) and ∆X is the grid distance of the element (m).
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If the Standard Galerkin Weighted Residual method is used, the weighting function
is considered to be continuous across inter-boundaries but it may have discontinuity
at the elements nodes. The SUPG method formulation considers this effect and re-
quires a discontinuous weighting function as shown below:

(4.24)

in which ϖ  is the weighting function according to the SUPG, ω  is the continuous weight-
ing function and p is the discontinuous weighting function of lower degree (Brooks
and Huges 1982).

They found that the p function equals to the upwind artificial diffusion tensor k
~

ij
with some modifications to consider the effect of the local mean velocity at each node u.

(4.25)

in which ω  is a certain function that depends on the advection term.
The weighting function ω  has to be applied to all terms of the transport equation.

However, Brooks and Huges 1982 have shown that the method SUPG can not be used
to treat the diffusion and the source/sink terms. Those terms can be then treated using
the finite element method as mentioned above. After applying the SUPG basic func-
tions as explained above to only the advection term in the transport equations, the
following is obtained:

(4.26)

Nonlinearity

The discretization methods mentioned above are implicit and this leads to difficulties
when solving a system of equations which has a large number of unknowns. The
TELEMAC-System provides different types of solvers; only those used in this research
are mentioned here. They are the Conjugate Gradient method, the Conjugate Gradi-
ent on Normal Equation method and the Generalized Minimal Residual method
(GMRES). In addition to these solvers, the CTM-SUBIEF-2D module deals with five
transport equations which are coupled through the interaction terms (underlined in
Eqs. 4.20–4.22). This coupling is weak in transport equations (Hinkelmann 2002) and
therefore, a linear solver using the Picard method is implemented. The number of
sub-iterations for this method is limited to 100; however, in some cases less than 10 it-
erations are needed.

4.1  ·  Two-Dimensional Numerical Module for Contaminant Transport in Rivers
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Boundary Conditions

The TELEMAC-System treats three types of boundary conditions which are Dirichlet,
Neumann and no boundary condition (degree of freedom). The first boundary condi-
tion prescribes the concentration of substances at the inflow or outflow boundaries.
The second boundary condition deals with defined diffusive fluxes over the bound-
aries. Normally these fluxes are prescribed using the concentration gradient. In most
cases, the diffusive fluxes over the boundaries are set to zero. The third type of bound-
ary condition is the easiest to deal with since there is no change in the corresponding
transport equation.

Module Limitations

The module deals so far with short term simulations with relatively small time steps on
the order of magnitude of seconds. In addition to this, the following items are not
considered:

1. Physical processes such as flocculation and consolidation.
2. Complete sediment mixing layers (multi-layer model). However, the simplified con-

cept used has given reasonable results as compared to field measurements (Westrich,
this vol.).

3. Interaction between different contaminants and different sediment fractions.
4. Chemical and biological reactions.

To show the calibration, validation or even comparison with other numerical mod-
els is beyond the scope of this section. However, a real case application for a headwater
section of the Upper Rhine where data on sediment properties (erosion), sediment
depth profile, contaminated fraction and suspended sediment concentration were avail-
able is shown (Westrich, this vol.). The numerical results show a good agreement with
field data.

Readers who wish to know the applicability of the module in more detail, for vari-
ous real cases, are referred in the first instance to Jacoub 2004, Jacoub and Westrich
2004, 2006 which show comparisons of the module results with physical model results
for a flood retention reservoir and with field measurements for the river Elbe.

4.1.4 Conclusions

This research presents the development of a two dimensional numerical module for
contaminant transport in rivers. The new module, named CTM-SUBIEF-2D, has been
developed on the basis of the TELEMAC-System. It describes the transport of dissolved
and particulate contaminants in the water column and river bed with emphasis on first
order sorption kinetics. By solving five partial differential equations, the depth averaged
of suspended sediment and dissolved and particulate contaminants in the water column
and the river bed are calculated. Sedimentation, erosion, mixing of sediments and degra-
dation of contaminants processes are taken into account. The module handles the interac-
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tion between one contaminant substance with one sediment fraction. The module handles
the time-dependent variables and parameters such as particle settling velocity, con-
centration or flux of sediments, and depth dependent variables in sediments.

Numerical schemes such as Operator Splitting method and Stream Upwind/Petrov-
Galerkin method (SUPG) for treating the transport equations are implemented. The
five transport equations are coupled through interaction terms. Because of the weak
coupling of the five transport equations, the Picard method for linearization is used.
Westrich, this volume, shows an application of the developed module for a headwater
section of the Upper Rhine and its numerical results with comparison to field mea-
surements.
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4.2 Two-Dimensional Numerical Modeling of Fine Sediment Transport
Behavior in Regulated Rivers

4.2.1 Introduction

In most cases low flow velocities in the headwater of weirs and dams cause sedimenta-
tion of fine suspended sediments resulting in a reduction of the flow cross-section. In
waterways, where the navigability is restricted and the safety of the embankments is
affected, the deposited sediments must be removed. Since many river sediments are
polluted by various substances, the dredging and disposal of contaminated sediments
requires a feasibility study focusing on the environmental impact. A numerical transport
model can provide basic information about the temporal and spatial distribution of the
disposed sediments in the river channel, and their potential deposition in near bank
river training structures such as groyne fields, or in harbours and cut-off meander.

A two dimensional depth averaged flow and transport model was developed to
describe the transport, dispersion, sedimentation and erosion of different suspended
sediment fractions as well as adsorbed and dissolved pollutants.

Contaminant transport modeling needs detailed information about suspended sedi-
ment concentration, fractional sediment fall velocity and sorption parameters. Field
measurements of suspended sediment concentration, flow velocity and water level usu-
ally provide only local or cross-section averaged data which must be analyzed and evalu-
ated for model calibration. In the field, remobilization and release of adsorbed substances
to the aqueous phase is often not detectable because of chemical analysis limitations.

4.2.2 Objective

The objective of this study was to build a mathematical model to describe the pro-
cesses of multifractional suspended sediment transport with adsorbed and dissolved
contaminants for applications in surface waters. A depth averaged 2-D model was cho-
sen in order to model longer time periods and larger domains. This model was applied
to investigate the temporal and spatial distribution of three suspended sediment frac-
tions, as well as the adsorbed and dissolved toxic substance Hexachlorobenzoene (HCB)
in the plume of dredged material disposed in the tailwater of a hydro-power station at
the Upper Rhine River. The model generates the concentration field and the sedimen-
tation patterns and was used to perform a sediment mass balance. The uncertainties of
the field data and the model results are discussed.

4.2.3 The Numerical Model

The hydrodynamic part of the simulation was performed by using the 2-D Finite-Ele-
ment model TELEMAC 2D which solves the depth-averaged Saint-Venant equations
and generates the flow field for the transport and reaction model SUBIEF 2D (EDF 2004).
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Both models are independent from another, i.e. they are solved sequentially and not
simultaneously. Different approaches for the bed roughness are implemented, simi-
larly different turbulence models (constant viscosity, k-ε , Elder model), numerical
schemes and solvers are available. The following section describes the basic mathemati-
cal equations for the transport model. The model domain and the model parameters
are described in Sect. 4.2.4 and in Table 4.2.

Model Development

To simulate the transport of contaminated particles the SUBIEF 2D code was extended
to model multifractional sorption processes, including the sedimentation and erosion
processes of the particles with adsorbed substances. The model allows the implemen-
tation of chemical and biological reactions like transformation and degradation, as
well as diffusive flux of the dissolved substances at the water-sediment interface. The
basic model concept is shown in Fig. 4.4.

The 2-D transport equations for suspended sediments, dissolved and adsorbed
substances are generally given in the following form:

(4.27)

with Ci = concentration (kg m–3) (suspended sediment, dissolved or adsorbed sub-
stances), t = time (s), u = velocity (m s–1), D__ = dispersion tensor (m2 s–1).

In the following case study the formulation of Elder (1959) is used for the disper-
sion coefficient:

(4.28)

with u* = friction velocity (m s–1), h = water depth (m), kl,t = calibration constants in
longitudinal and transversal flow directions.

Fig. 4.4. Basic model concept
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Erosion and deposition are the main source and sink terms in the suspended sedi-
ment transport equation. For the deposition of cohesive sediment the following for-
mulation (Krone 1962) is used:

(4.29)

with Si,sediment = sedimentation rate of fraction i (kg m–2 s–1), ws,i = respective fall veloc-
ity of fraction i (m s–1), τ0 = bed shear stress (N m–2), τ crit,Si = critical deposition shear
stress of fraction i (N m–2).

The sedimentation rate of the adsorbed substances Si,adsorbed associated with the frac-
tion i depends on the ratio between the concentration of the adsorbed substance
Ci,adsorbed and the concentration of the suspended sediment Ci,sediment:

(4.30)

The critical deposition shear stress can be approximately assumed constant or op-
tionally described by the energy approach after Westrich and Juraschek (1985) by
adaptation to multiple fractions as described by Dreher (2005):

(4.31)

with g = gravity constant (m s–2), k = bed form and grain size specific constant defined
as required energy for suspension over available dissipative energy from the flow (–),
ρ s = sediment density (kg m–3).

For the erosion of (cohesive) sediments the approach by Kuijper et al. (1989) based
on Partheniades (1965) is used with adaptation to multiple fractions as follows:

(4.32)

with Etotal = erosion rate of all deposited sediment fractions (kg m–2 s–1), m = erosion
constant (kg m–2 s–1), τ crit,E = critical erosion shear stress (N m–2). The fractional
erosion rate depends on the percentage mass of the sediment fraction i in the active
bed layer:

(4.33)

with Ei,sediment = erosion rate of sediment fraction i (kg m–2 s–1), Mi = mass of fraction i
in the bed (kg).
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The erosion rate of the adsorbed substances Ei,adsorbed associated with the fraction
i depends on the ratio between the mass of the adsorbed substance in the sediment
Mi,adsorbed and the mass of the sediment Mi,sediment:

(4.34)

Chemical, biological and degradation processes are treated as user defined exchange
terms for each substance. The Freundlich or Langmiur isotherms (Stumm and Mor-
gan 1996) are usually used for sorption processes. In the following case study, the
partitioning coefficient Kd, based on the Freundlich isotherm, with first order kinetics
is implemented as follows:

(4.35)

with Jsorption,i = mass flux due to sorption (kg m–3 s–1), kt = kinetic sorption factor (s–1),
Kd = partitioning coefficient (l kg–1), CS,i = sediment concentration of fraction i (kg m–3),
Cd = dissolved concentration of a substance (kg m–3), CA,i = concentration of a substance
adsorbed onto fraction i (kg m–3).

4.2.4 Case Study: Disposal of Dredged Material

Site Description

In the headwater of the Iffezheim weir which is the lowest downstream hydropower sta-
tion in the Upper Rhine River, fine cohesive sediments had to be removed to reestablish
the original flow cross-section and to ensure the freeboard required for the safety of the
embankment against flooding. The material was dredged by a suction dredger and dis-
posed through a 3.5 km long pipeline to the tailwater during low water levels with a corre-
sponding river discharge ranging from 700 to 1 500 m3 s–1 to avoid sediment deposition
on the flood plains. Measurements were performed before, during and after the dredging
in the main channel, in typical groyne fields and harbor areas over a distance of 100 km.
These included local flow velocities, suspended sediment concentration, grain size distri-
bution and turbidity. Sediment traps were also deployed at different locations.

The numerical investigation is focused on the upper 22 km long river reach imme-
diately downstream of the Iffezheim weir between river km (rkm) 334.0–356.2. The
confluence of the Murg tributary is located 8 km downstream of the weir. Three gaug-
ing stations are inside the model area (Fig. 4.5): Iffezheim (rkm 336.6), Plittersdorf
(rkm 340.3) and Lauterbourg (rkm 349.3). The measured discharge at Plittersdorf is
used as the inflow boundary condition. Figure 4.5 shows a typical grain size distribu-
tion of the suspended sediment and the model area with the locations of the cross-
sections at which measurements and gauging took place.

4.2  ·  Two-Dimensional Numerical Modeling of Fine Sediment Transport Behavior in Regulated Rivers
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Model Input Data from Field Measurements

During the dredging and disposal period, which lasted from Jan. 18 to Feb. 17, 2005,
about 150 000 m3 of sediment was discharged through the slurry pipeline. Figure 4.6
shows the discharge, the dredged material mass flux and the HCB concentration of the
dredged material during the disposal period. During the dredging operation there was
a flood in the Murg tributary from January 20–22, 2005 and a small flood in both the
river Rhine and Murg from February 11–17, 2005. The variation of the mass discharge
pumped by the dredger is caused by the temporary interruption of the suction dredger.
Sediment samples were taken at the suction dredger to investigate grain size distribu-
tion, HCB concentrations and other chemical parameters of the dredged material. The
percentage of sediment particles with a diameter greater than 200 µm was less than 5%
by weight. Hence three sediment fractions 0–20, 20–60, 60–200 µm were modeled to
consider different adsorbed HCB concentrations and different sedimentation behav-
ior. Adsorbed HCB was found in all three sediment fractions. To overcome the hetero-
geneous grain size distribution and therefore also the adsorbed HCB concentration,
cumulative samples were taken, indicated by the step like dashed line in Fig. 4.6, show-
ing the HCB concentration. However the cumulative samples of the 3 fractions still
show fluctuations in the fractional percentage, e.g., for the 20–60 µm fraction a range
from 18.4 to 24.8% (see Table 4.1).

Fig. 4.5. General layout of tailwater section
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The background suspended sediment concentration in the Rhine was nearly con-
stant at 9 mg l–1, except for 7 days from February 11–18, 2005 with an increased back-
ground concentration up to 40 mg l–1 due to a high discharge of 2 425 m3 s–1. The
adsorbed HCB background concentration has been monitored as 85 µg kg–1 and this
value was used in the model calculations. Since no measurements in the Murg tribu-
tary exist, the background suspended sediment concentration is also assumed to be
9 mg l–1. Since the dissolved HCB is below the chemical detection limit the background
concentration was assumed to be zero.

Model Domain Description and Setup

The model domain area is ~29.3 km2, and discretizised by 88 910 nodes with 175 870 el-
ements. The smallest node distance is 1.6 m, the largest node distance is 63.6 m (mean
~15 m) the element areas range from 1.6 m2 up to 1 274 m2. The typical node distance
in the main channel and the groyne fields is around 20 m, the groyne structures have a
finer resolution with node distances from 1.6 to 10 m. The mesh resolution on the

Fig. 4.6. Discharge, dredged material mass flux and HCB concentration of the dredged material
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flood plains is larger than in the main channel, except the flow paths from small side
streams. Figure 4.7a shows a mesh-section including the measurement cross-section
at Iffezheim.

In a first step the hydrodynamic model for the flow field was calibrated with a steady
state discharge and then applied to the 30 day unsteady flushing period with a time
step of 5 seconds. The model run for the flow field took around 12 h computation time
using 32 parallel processors.

In a second step the transport model should be calibrated but due to high fluctua-
tion of the flushing mass and the available measured data a calibration cannot be
performed, so different scenarios were calculated. A transport model run with 32 par-
allel processors took around 2.5 days computation time with a time step of 2 seconds.

The Flow Field

The tailwater at the weir is regularly fed with gravel to avoid bed erosion. Therefore,
downstream of the weir there is some bed elevation change due to both the dumping of
gravel material and bed load transport. The channel bathymetry was measured in the

Fig. 4.7. a Mesh resolution, b flow field, c flow velocities, d streamlines
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fall of 2001. Several water level measurements were conducted. For the hydraulic model
calibration the water level measurement of November 6, 2001 at a constant low flow
discharge of 810 m3 s–1 was used, to minimize the effect of the sediment feeding on the
bed elevation. The difference between calculated and measured water level is in the
range of ±5 cm.

The unsteady flow model calculation for the 30 days flushing period (Discharge see
Fig. 4.6) was compared with the data of the three gauging stations Iffezheim, Plitterdorf
and Lauterbourg. At Iffezheim the calculated water levels differs between –49 cm to
+30 cm compared with the measured values and have a root mean square error (RMSE)
of 8.4 cm. At Plittersdorf the difference ranges from –31 to +29 cm (RMSE 6.8 cm) and
at Lauterbourg from –21 to +32 cm (RMSE 6.0 cm).

The largest water level difference was observed during the rising phase of the small
flood events. The discrepancy is mainly caused by the fact, that the data from Plittersdorf,
which is 6 km downstream of the weir are used as upper model boundary condition
although there is a time lag of about 1–2 h. By accounting for this time shift better
model fit was achieved, e.g., at Iffezheim the water level differences will be reduced to
–29 to +6 cm (less than 10% of water depth). Additionally it is evident that the sedi-
ment feeding during the 4 years period between the flow model calibration and appli-
cation has changed the bed morphology and therefore has an impact on flow resis-
tance and water level. A significant change of the river bed conditions can be detected
immediately downstream of the sediment feeding area. However, this effect is decreas-
ing with distance to the weir. Nevertheless, the comparison between the measured flow
velocities (BfG 2005) and the calculated values shows a good agreement, the maximum
difference is about 13%. Figure 4.7b show the flow field for a low flow situation of
780 m3 s–1, where the groynes are not overtopped, with high flow velocities in the main
channel, eddies in the groyne fields and no flow on the flood plains. This can also be
seen in Fig. 4.7d where the streamlines are shown. Figure 4.7c shows the measured and
calculated velocities. The difference in the flow velocities in the groyne field results
from the measurement method (ADCP), which enables only good measurements for
higher flow depth. Finally, the model was calibrated for a steady state low flow situation
(810 m3 s–1) and not for unsteady flow situations.

The Transport Model

The transport model describes the transport behavior of the three suspended sedi-
ment fractions in the main channel, in adjacent groyne fields and harbor areas. The
model does not properly resolve the near-field mixing in the vicinity of the pipeline
discharge because the resolution of the model in the vicinity would need to be consid-
erably high. Similarly buoyancy effects and reducing mixing due to the highly concen-
trated suspensions discharged from the pipe were also not represented in the model.
The simulation of the flow field has some uncertainties, which must be keep in mind
for the interpretation of the transport model results. Flocculation processes where not
taken into account, due to the fresh water conditions and the low concentrations in the
far field of the dredged sediment.

Several simulations with different physical input parameters were done. An estima-
tion of the sensitivity to the input parameters is thus possible.
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The physical parameters were taken from literature values, all physical parameters
used in each of the six simulations (V 1–V 6) are shown in Table 4.2. Simulation V 5
was done to evaluate the effect of sorption processes. The fractional distribution is
described by the fall velocity and is calculated for the mean value of the diameter range
(e.g., 10 µm for the 0–20 µm range).

In V 1 to V 3 the critical erosion shear stress is varied and was assumed to be the mean
value between freshly deposited sediment and softly consolidated sediments in the river
reservoirs (0.5 N m–2) and normal consolidated sediments (2 N m–2), or set to 100 N m–2

to simulate the maximum possible sedimentation rate. The critical deposition shear stress
was assumed to be the mean value of the experimental data of van Rijn (1993), or taken
from Eq. 4.32 in V 5 and V 6. The conservative assumption that no HCB sorption pro-
cesses occur was chosen as a first approximation for the model variation V 1–V 3 and for
V 5 + V 6. In the variation V 4 a mean value of kd (13 000 l kg–1) chosen from literature
(Boguslavsky 2000 and WSA 2002) and a value of kt (1/86 400 s–1) chosen from literature
(WSA 2002) were assumed. The dissolved HCB in the bottom has a minor influence on
whole system, therefore diffusion at the sediment–water interface and sorption processes
within deposited sediments were neglected.

Discussion of the Model Results

The transport rates in terms of kg s–1 at different cross-sections of V 1 were compared
with the measured transport rates of the BfG (2005) and shown in Fig. 4.8. The concen-
tration measurement were in the form of several turbidity measurements in a cross-
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section. The turbidity sensor was calibrated at each cross-section with the suspended
sediment concentrations determined from water samples. The transport rate is calcu-
lated by integration of the measured concentrations multiplied with the local flow ve-
locity at the measurement point. During the survey the flow velocities and the concen-
trations substantially change in a given cross-section and therefore, the measurements
do not represent an instantaneous concentration field and transport rate.

The calculated transport rates are instantaneous values and the minimum and
maximum value in Fig. 4.8 represent the variation of the transport rate during the
measurement period. The high variation of the calculated transport rates is caused by

Fig. 4.8. Measured and calculated suspended sediment transport rates

Fig. 4.9. Concentration fields
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the high fluctuation of the dredged material input and intermittent dredging activity,
which makes a model calibration difficult. For instance Fig. 4.9 shows the concentra-
tion distribution from model results between the cross-section rkm 339.8 and 342.7
for three subsequent hours on January 21, 2005. At 11:00 a highly concentrated plume
passing through rkm 339.8, resulting in a transport rate of 103.5 kg s–1 (Fig. 4.8), but
one hour later the concentration there dropped dramatically so that the transport rate
was only 14.1 kg s–1. The measurements were taken between 11:00 and 12:00, therefore,
a good agreement between the measured values and instantaneous model results can-
not be expected and a model calibration cannot be performed.

Table 4.3 gives the total input mass (background values and disposed material together)
and the percentage of deposited sediment mass and particularly deposited HCB mass.

Without taking sorption into account a good correlation of deposited sediments
and deposited adsorbed HCB can be observed. The small difference results from the
variation of the adsorbed HCB input concentration, the background value and the
absence of particulate HCB input from the Murg tributary. As expected, a higher sedi-
mentation of the larger particles was found. The variation of the critical erosion shear
stress between V 1–V 3 (especially V 3 without any erosion) shows this effect more
clearly. For fraction 3 an increase of sedimentation between V 1 and V 3 from 13.4 to
32.73% can be seen. Sedimentation mainly occurs near to the harbor entrance and in
the groyne fields. Although the numerical mesh size in the side arms on the flood plains
is very course, some deposition is still predicted.

By assuming sorption in V 4 a significant decrease of the deposited adsorbed
HCB can be predicted. In the main channel a gradual increase of dissolved HCB
(background value is zero) from the pipeline outlet to the end of the model domain
due to desorption is calculated. But with the assumed sorption kinetic factor
kt = 1/86 400 (s–1) the residence time of 3–4 h in the main channel is not sufficient
to reach the equilibrium state. Furthermore, a gradual dispersive release of dis-
solved HCB from groyne fields and harbor areas into the main channel during dredg-
ing breaks can be predicted. Analogously suspended sediments in the groyne fields
are partly released in the main channel and partly deposited in the groyne field dur-
ing dredging breaks.
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Comparing V 5 with V 2, which are only different by using an energy approach for
the critical deposition shear stress (Eq. 4.31), shows a strong increase of sediment
deposition in the groyne fields. This approach leads also to a strong deposition of
suspended sediments in the main channel at the outlet of the flushing pipeline, which
was observed in the nature but not found in V 1–V 4. The energy approach simulates
the descent of the plume from the pipe onto the bed better than a constant critical
shear stress. In V 5 and V 6 which use an energy approach, sedimentation is the domi-
nating factor for all three fractions, whereas in V 1–V 3 the choice of the critical ero-
sion shear stress has a stronger influence for the larger particles.

4.2.5 Conclusions

The 2-D transport model has proven to be a useful tool for a supplementary investiga-
tion and sensitivity analysis on the transport and sedimentation behavior of a con-
taminated suspended sediment plume in a navigational channel with groyne fields.
The numerical study provides a deeper insight into the multifractional suspended sedi-
ment transport and physico-chemical processes as related to remobilization of adsorbed
contaminants. Furthermore, it allows a calculation of the spatial and temporal con-
taminant distribution in the river system which could not be covered by the field data.

The present knowledge in modeling different sediment fractions is relatively poor,
especially with respect to the erosion of separate fractions and need further research
work. Nevertheless, the physical based numerical model is an engineering approach
which enables a description of the most relevant physical processes, including sorp-
tion and degradation. However, more detailed and frequent field measurements are
necessary to minimize the uncertainties of the physical and chemical parameters, es-
pecially the suspended particle settling velocity, the suspended sediment concentra-
tion and the pollutant specific sorption parameters. High spatially and temporally
resolved data would also allow detailed calibration and validation of numerical models
for predicting fine sediment transport in rivers.
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4.3 A Non-Equilibrium, Multi-Class Flocculation Model

4.3.1 Introduction

Cohesive sediments build flocs which have settling velocities which are some orders of
magnitude higher than those of the single particles. The floc size and thus the settling
velocity depend on the turbulence intensity and the sediment concentration and prop-
erties. Generally it is assumed that a specific floc size is associated with a given flow
regime or that at least the variance in the floc size distribution is small. In most cases
only one sediment-class is used in models of suspended sediment transport in river or
estuarine flow. In-situ and laboratory measurements show that this assumption may
not be correct (Bornhold 1992). The floc size can vary an order of magnitude above or
below the mean diameter. Therefore, it can be important to consider different sedi-
ment classes in order to refine and improve both deposition and suspended sediment
concentration predictions. A special case where the consideration of different sedi-
ment classes is essential is the transport of polluted sediments since many pollutants
are transported with the finest fractions.

The challenge of modeling multiple fractions of suspended sediment is that the flocs
change their size due to flocculation and break-up. It is not sufficient to divide sedi-
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ment into several fractions and compute the transport of each fraction. For floccula-
tion and break-up processes it is necessary to consider an interaction between these
fractions.

Although the flocculation time can play an important role in the prediction of sedi-
ment concentrations and deposition, the floc-size may be limited by the settling time
(Winterwerp 1999). But also if the flow conditions change quickly, for example if sedi-
ment laden water flows from the rapidly flowing river into a harbor, the time which is
needed to build up a floc-size equilibrium may be important for the deposition pattern
in the harbor.

4.3.2 The Fractionated Flocculation Model

Interaction between Fractions

To meet this challenge the numerical model TELEMAC-3D (Hervouet 1991) was ex-
tended to treat different sediment classes. For each sediment class the three-dimen-
sional transport equation is solved. Deposition and erosion are simulated for each class
and the total bed evolution computed. Each sediment class is described by a settling
velocity, ws and a mean-particle diameter D. If only one parameter is available, the
other is computed using Eq. 4.36 after Winterwerp (1998):

(4.36)

The particles are assumed to be spherical (α = β = 1), with a fractal dimension of
nf = 2. The primary particle diameter Dp is derived from measurements as the D50 of
the non-flocculated sediment.

This equation is designed for cohesive sediments but works also for non-cohesive
sediments by assuming spherical particles (α = β = 1), with a fractal dimension nf = 3
and a Stokes-regime (Re << 1). The settling velocity is the main parameter for the trans-
port computation. The mean-diameter D of the sediment fraction is used for the ex-
change with the bed-morphology model SediMorph (Malcherek 2005).

With a multi-class sediment model it is possible to simulate a non-cohesive sus-
pended load with a wide-spread size distribution or to follow specific sediment frac-
tions. When combined with the bed-morphology model, the deposition of polluted
sediment fractions can be simulated.

The second step is the simulation of cohesive sediment behavior through an inter-
action between the sediment classes. The flocculation process is simulated as an ex-
change from one sediment class into another with a higher settling velocity.

It is assumed that larger flocs always have a higher settling velocity and within each
class all particles have the same diameter and settling velocity. In the other direction,
break-up is defined as a transfer from one sediment class into another with a lower
settling velocity and smaller diameter.

Of the different flocculation and break-up mechanisms in estuarine waters, turbu-
lence induced flocculation and break-up is dominant (Winterwerp 1999). After a con-

4.3  ·  A Non-Equilibrium, Multi-Class Flocculation Model
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cept of Dyer (1989) flocculation increases with increasing turbulence due to the higher
collision probability of flocs. With increasing turbulence, the shear stresses in the water
rise and more and more flocs are destroyed. After a given turbulence intensity, break-
up dominates flocculation. Based on the work of Argaman and Kaufman (1970), Van
Leussen (1994) formulated this concept using Eq. 4.37 for the settling velocity ws of
cohesive sediments:

(4.37)

The dissipation parameter G (s–1) = (ε/v)1/2 is used to represent the turbulence in-
tensity and can be computed with a k-ε-model. The parameters A and B are empirical
values for flocculation and breakup; w0 = settling velocity of a particular sediment class
in still water.

The parameter FLOC (Eq. 4.38) is introduced to determine whether flocculation
or break-up is dominant at a given turbulence intensity. At low G, FLOC becomes
greater than 1 which leads to an increase in the settling velocity and indicates floccu-
lation. At higher G FLOC becomes less than 1. The settling velocity decreases as break-
up dominates.

(4.38)

Figure 4.10 shows the variation of the FLOC-parameter for increasing G. The values
for the empirical parameter A = 0.3 s and B = 0.09 s2 were determined through a cali-
bration of the Weser Estuary (Malcherek et al. 1995) and do not necessarily apply to
the general case.

Modeling of the Time Dependency

The flocculation process of cohesive sediment in nature at low concentrations is quite
slow and can last several hours (Lick et al. 1992). The flocculation-time depends on the
collision probability and the rate of collisions leading to growth of sediment flocs. Based

Fig. 4.10.
Variation of the FLOC-
parameter for increasing
values of the dissipation
parameter G
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on the coagulation-theory (Smoluchofski 1917) the diameter of the floc has no major
influence on the speed of the flocculation process. The collision probability is mainly
dependent on the turbulence intensity and the sediment concentration, while the prob-
ability that particles stick together depends primarily on the sediment physical and
biological properties. These properties are lumped in the concept of “stickiness” in
which the Extracellular Polymer Substance (EPS) is supposed to have the greatest in-
fluence for mud flocs (De Brouwer et al. 2002; Fengler et al. 2004). Unfortunately, a
coherent relationship between the EPS-concentration and the stickiness of the flocs
does not yet exist.

Break-up of flocs is generally much faster than flocculation. The primary factors
are the forces generated by turbulent shear and the resistance of the flocs against
these forces. The resistance is also associated with “stickiness”. Contrary to the floc-
culation process, the resistance against the external forces is dependent on the floc
diameter.

The time-dependency is realized in the numerical model by transferring in each
time step only a small portion of a sediment fraction into the next larger class. An
effectiveness-factor for flocculation εfloc and one for break-up εbreak are introduced.
For a sediment fraction i which has a smaller fraction j and a larger fraction k, the
change of the concentration due to flocculation is computed as follows:

(4.39)

The formulation for break-up is similar:

(4.40)

Within each time step the change of a concentration ci in the case of flocculation is
computed as the transfer of the smaller fraction j into the next larger fraction k. If
break-up is dominant, (FLOC < 1) the change comes from the break-up of the larger
fraction k into the smaller class j. As the sediment is only shifted from one class into
another the conservation of mass is ensured.

The effectiveness-factor ε  parameterizes the factors influencing flocculation
or break-up. For flocculation ε floc includes the effects of the turbulence intensity,
the concentration and stickiness. The turbulence computed as G and the concen-
tration c have theoretically a linear influence on the flocculation velocity (Smolu-
chofski 1917). As Smoluchofski does not consider break-up this assumption has to
be modified. Even if flocculation is dominant, break-up also takes place. The effect
of break-up is considered in the FLOC-parameter, which is used to represent the
influence of turbulence in the fractionated flocculation model. Flocculation and
break-up are equal when FLOC = 1. The stickiness of the flocs is parameterized
with K1 and is used to calibrate the model. Thus the flocculation effectiveness, εfloc
can be given by:

(4.41)

4.3  ·  A Non-Equilibrium, Multi-Class Flocculation Model
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The break-up effectiveness, εbreak includes the turbulence intensity, stickiness, the
floc diameter and a calibration parameter K2:

(4.42)

In nature the floc-size is limited by the Kolmogorov-length (Van Leussen 1997). The mini-
mum size distribution is that of single particles. The Kolmogorov-length λ0 can be com-
puted with a k-ε-model from λ0 = (ν3/ε)1/4. If this length becomes smaller than the mean
diameter of a sediment fraction, flocculation of smaller fractions is less than the break-up.

The determination of a lower limit for the floc size is more complicated. Due to the
concept of settling velocity classes in the model there is no distinction between a single
particle which cannot be broken by turbulent shear stresses and a small floc with the
same settling velocity. It is not possible to define a minimum concentration for each
fraction from an analysis of the single particle size distribution. For example, the con-
centration of the smallest fraction can decrease to zero because all small particles are
bound in flocs and thus associated with a larger fraction. For this reason, the charac-
teristic parameters of a size distribution D10, D50 and D90 are used to ensure a proper
minimum size distribution. The D10 defines the diameter which is larger than that of
10% of the particles, D50 and D90 are defined accordingly.

This is realized in the model as follows: if the actual D90 is smaller or equal to the
minimum D90, then break-up of flocs with a diameter larger than the minimum D90 is
stopped. The same happens for flocs with a diameter between D50 and D90 at the D50-
border, and at the D10-border for flocs between D10 and D50.

Comparison with the Coagulation Theory

A first estimation of the quality of the flocculation model is found by comparing the
numerical results with the theoretical values of the coagulation theory (Smoluchofski
1917). Therefore, a short overview of the theoretical solution of the coagulation theory
is given here. Under the assumption that flocculation takes place between two floccula-
tion classes, the variation of a floc class k over time can be written as:

(4.43)

The first term on the right hand side of Eq. 4.43 is floc growth due to the floccula-
tion of flocs belonging to two smaller floc-classes i and j; the second term describes the
reduction of class k due to flocculation into a larger fraction. The function β  is the
probability that the particles i and j collide and A

–
 the probability that a new floc is

formed due to the collision.
It is possible to convert this general flocculation equation into Eq. 4.44 for the time-de-

pendent concentration ct of a floc-class with the concentration c0  at t = 0 (Malcherek 1995):

(4.44)
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For the collision probability β, different formulations have to be set depending on
the collision mechanism. As we neglect the influence of Brownian motion and differential
settling in estuaries, only the collision probability due to turbulence is considered:

(4.45)

It should be noticed that Eq. 4.45 overestimates the flocculation intensity and the
settling velocity, because near-field effects are neglected. Laboratory experiments have
shown that in the case of differential settling, the trajectories of small particles are
deflected by larger particles. This leads to a major decrease of the collision probability
(Stolzenbach and Elimelich 1994). Han and Lawler (1992) argued that this near-field
effect is present even if two particles come close due to turbulent fluctuations. They
proposed a “curvilinear model” with a correction-factor ecor (Eq. 4.46) as an extension
to the “rectilinear model” presented above:

(4.46)

with ψ = Dj/Di, γ = 8HA/(3πwsDi
2) and HA is the Hamaker-constant, typically given as

3.9 × 10–20 for particles in water. Figure 4.11 demonstrates the different approaches for
the rectilinear and the curvilinear models.

Fig. 4.11.
Schematic representation of
the rectilinear (left) and
curvilinear models (right)
(after Han and Lawler 1992)

Fig. 4.12.
Comparison of the fraction-
ated flocculation model (⎯⎯⎯⎯⎯)
with the coagulation theory:
rectilinear model (�);
curvilinear model (�)
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Additional investigations have shown that the rectilinear model overestimates the
flocculation rate since near-field effects are neglected, but the curvilinear model un-
derestimates the flocculation intensity because the permeability of the flocs is not taken
into account (Li and Logan 1997). For this reason the results of the fractionated floc-
culation simulation introduced here should lie in between these two models.

Figure 4.12 shows a comparison between the fractionated flocculation model and
both the rectilinear and the curvilinear coagulation theory models. For clarity, only
the decrease in concentration of a floc class due to flocculation into a larger class is
shown. The y-axis is normalized using the concentration at t = 0.

4.3.3 Analysis of Laboratory Experiments

The fractionated flocculation model was used to analyze laboratory experiments. The
experiments were carried out at the Institute of Hydromechanics of the University of
Karlsruhe (Kühn and Jirka 2006) within the “SEDYMO” research group (Fine Sediment
Dynamics and Pollutants Mobility in Rivers) (Förstner 2004). With a differential set-
tling column (Fig. 4.13) it is possible to generate a controlled turbulence field similar to
that of a natural river without having any advective transport.

The size distribution of kaolin flocs was measured with an inline microscope. By
generating different turbulence profiles a regime with mainly flocculation was estab-
lished as a flocculation test. Afterwards the turbulence was increased so that break-up
was dominant in the whole water column. For a detailed description of the experiment
see Kühn and Jirka (this volume). It should be mentioned, that the laboratory experi-
ments where conducted at low concentrations, with low settling velocities when com-
pared with natural flocs.

The set up of the numerical model differs from the laboratory test. Instead of a
small tank without advection, a straight open channel with a constant velocity profile
is used. The channel is 500 m long and 100 m wide to avoid boundary effects. Cyclic
boundary conditions were prescribed in order to have the sediment concentration

Fig. 4.13.
A differential settling column
(Kühn and Jirka 2006)
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independent of the advection. The same sediment mass flow which leaves the do-
main is added to the inflow as a boundary condition. The flow velocity is cali-
brated to meet the turbulence profile in the laboratory. Figure 4.14 shows the turbu-
lence profiles calculated with the numerical model as well as the experimental data
and the theoretical values of Nezu and Nakagawa (1993). In both the aggregation and
the segregation test cases the flow velocities are quite low. In the numerical model,
mean velocities of 5 cm s–1 for the flocculation case and 10 cm s–1 for the break-up
case was chosen.

Aggregation

The laboratory experiments show that in the lower 40% of the water column break-up
exceeds flocculation; at about 70% maximum flocculation is observed. With the nu-
merical model the break-up is dominant for G = 0.17 s–1; the maximum flocculation
at G = 0.09 s–1. The best fit of the flocculation parameters yielded A = 3 s and B = 17 s2.
This shows that Kaolin-flocs are very unstable. For example, the boundary between
flocculation and break-up in the Weser-Estuary was found to be at G = 3.5 s–1. Other
laboratory flocculation experiments with artificial flocs use values for G of several
hundred s–1 (Lick et al. 1992; Flesch et al. 1999).

An increase in the floc size was observed in the experiments after 4 hours. The floc-
size distribution and the mean floc diameter were measured. In the numerical model,

Fig. 4.14. Turbulence profiles of the numerical model, the experiment and theoretical values of Nezu
and Nakagawa 1993 (left: aggregation; right: segregation)

4.3  ·  A Non-Equilibrium, Multi-Class Flocculation Model



150 Chapter 4  ·  Transport Modeling

the floc-size distribution at the beginning of the experiment was discretized into 7 floc-
size fractions (Table 4.4). The associated concentrations and settling velocities (Eq. 4.36)
were computed with α = β = 1, nf = 2, γs = 2.650 kg m–3 and Dp = 18.2 µm.

The floc-size distribution after 4 hours in the model was compared with the experi-
mental data at the location of maximum flocculation, i.e. at z/h = 0.68. The stickiness
parameter for flocculation K1 was adjusted to match the numerical results with the
measured floc-size distribution (Fig. 4.15 and Table 4.5). Best results were achieved
using a floc-size dependent stickiness. This seemed to indicate that smaller flocs have
in this case a higher floc-building probability (see “Evaluation”).

(4.47)

Segregation

G is greater than 0.17 s–1 in the entire water column for the segregation test case,
so break-up is dominant in the whole domain. In the experiment a steady state
floc-size distribution was reached after 5 minutes. Since this distribution did not
change after the turbulence intensity was increased, it can be concluded that all the
flocs were destroyed. The numerical and measured floc-size distributions are in good
agreement (Fig. 4.16 and Table 4.6). For break-up, the stickiness-parameter can be
described by Eq. 4.48:

(4.48)

Evaluation

The numerical model can be used to analyze the results of the laboratory experiments.
A relationship between the floc-size and the effectiveness of the flocculation and break-
up processes was found.

The somewhat unexpected experimental result, that smaller flocs had a higher
building capacity than larger ones is attributed to the nearly total lack of biological
influences and the low concentrations and small particle and floc diameters in the
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experiments. The main influence for the stickiness is then not the biology but electro-
chemical forces, which are more effective for smaller particles.

Nevertheless, further investigations are necessary due to given uncertainties. Un-
certainties can originate from the measuring technique since single flocs which appear
in a small frame are counted and the probability of catching one of the bigger flocs is
quite low. As such, the largest fractions may be underestimated. The choice of the
discretization of the fractions in the flocculation model may influence the empirical
parameters.

The flocculation model does not simulate a pure flocculation process. Using Eq. 4.38
for the FLOC-parameter always computes a kind of balance between flocculation and

Fig. 4.15. The floc-size distribution after 4 hours
in the flocculation experiment and in the numeri-
cal model

Fig. 4.16. The floc-size distribution after 5 min-
utes in the break-up experiment and in the nu-
merical model
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break-up. Flocculation is therefore always dependent on break-up to a certain degree.
It is possible that a floc-size dependency of the flocculation process can be deduced
from the floc-size dependency of the break-up process.

4.3.4 Application to Sedimentation in an Estuarine Harbor

As an example for the simulation of sedimentation in an estuarine harbor, the Koehlfleet
in the Hamburg Harbor area was selected. In 1990, a current deflection wall (CDW)
was built at the harbor mouth to reduce sedimentation. The Hamburg Port Authority
claims an average annual reduction of the harbor sedimentation of about 35% over a
6-year period.

In order to calculate the effect of such a wall in other harbor basins, a research project
was started in 2001 to simulate this process with a numerical model (Ditschke and
Markofsky 2003). The results showed a good representation of the flow fields with and
without the CDW and of the water exchange between the estuary and the harbor; but
the comparison between the computed and measured sedimentation showed a need
for improvement. Therefore, the flocculation model described above was applied to
the harbor model.

The data base in this area is quite good for flow and sediment. But floc size distri-
butions were available for only one day (Bornhold 1992). From these measurements
and the known average conditions for sediment concentrations and properties, initial
values for the computation were extrapolated. The measured floc size distribution is
simulated with 6 fractions. The largest fraction is set at the value of the Kolmogorov
length computed with the turbulence model. The tabulated concentrations are average
concentrations for flood and ebb tide (Table 4.7). The settling velocity for each frac-
tion is computed from Eq. 4.36.

Initial numerical tests with a straight channel were conducted to roughly calibrate the
parameters of the multi-class flocculation model. Reasonable results were found for:

(4.49)
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The values for A = 0.5 and B = 0.07 are considered to be realistic because they are
much closer to the values found by Malcherek et al. (1995) (A = 0.3 S; B = 0.09 S2, see
Fig. 4.10) than the values for the artificial sediment mentioned above.

The sedimentation during a single tide was computed with and without the multi-
class flocculation model and with and without the current deflection wall. The results
with this model show a reduction of 24% in the calculated deposition (Table 4.8) when
compared with the 1-class simulation. The sedimentation patterns are also significantly
different (Fig. 4.17).

The deposition is much higher in the computation with segmented flocculation
model because the fraction with the largest settling velocity is not explicitly repre-
sented in a 1-class simulation but rather created by the flocculation model in areas
with low turbulence (Kolmogorov length > 1 mm) i.e. within the harbor. Naturally a
high settling velocity leads to increased sedimentation.

The calculated 15% reduction in sedimentation with the CDW during a single tide
is of the same order of magnitude as the mean 6 year annual decrease of 35% stated
by the authorities. Although one can not expect to hit the long term annual average
with the computation of one single tide, this result indicates that the reproduction of
the sedimentation processes in the harbor entrance is much better when one uses a
segmented flocculation model.

To further understand the reasons for the improvement it is worth taking a closer
look at the turbulence distribution near the harbor bottom and at the harbor en-
trance.

Figure 4.18 shows the dissipation parameter G at 5 cm above the bottom for both
runs with and without a deflecting wall. At places where G is larger than (approxi-
mately) 7 Hz, break-up dominates flocculation. But even more important in this con-
text is the Kolmogorov length (λ 0). If G > 1 Hz, λ 0 is <1 mm, and the largest flocs
break. If G > 4 Hz, 0.5 mm flocs will also break. With a deflection wall, these values
were exceeded over extensive bottom reaches and also in the middle of the water
column. Values of about 3 Hz can be seen in the deflection channel and values for
G > 7 in the vortex region of the wall.

4.3.5 Conclusions

At present three-dimensional numerical models generally use either one suspended
sediment class with an advanced settling velocity formulation or use a multi-class
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approach for the different fractions of suspended sediment. The restriction in such
models is that they either do not have the capability of dealing with a wide spread
floc- or particle-size distribution or they cannot react to changing hydrodynamic con-
ditions which generate a strong change in the floc-size distribution.

In order to refine and to improve suspended sediment concentration and deposi-
tion predictions, the numerical model Telemac-3D was extended to treat multiple
classes of suspended sediment. The model presented here simulates the particle size
distribution. For example, it is now possible to be consistent with a fractionated bed
morphology model and to consider flocculation processes by calculating the genera-
tion of larger floc classes out of the primary particles. The time-dependence of the
flocculation and breakup processes was implemented using an empirical effective-
ness-parameter.

The calculations were found to be in good agreement with theoretical values and
laboratory data and significantly improved predictions for harbor deposition.

Fig. 4.18. The dissipation parameter G 5 cm above the bottom (above) and in 8 m water depth (below)
without (left) and with (right) a CDW
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4.4 Suction-Vortex Resuspension Dynamics Applied to the Computation of
Fine-Particle River Fluxes

4.4.1 Addressing the Fine-Particle Issue

River and estuarine management on the basin scale is receiving renewed attention in
the agenda of EU member states, mainly under the prescriptions of the 2000/60 Water
Framework Directive. One of the important components of the ‘ecological status’ to be
reached in surface water obviously derives from the interaction processes between the
dissolved and the particulate phases. In terms of pollutant transfer, particles with the
finest sizes are those that cause the greatest environmental concern (Kausch and Michae-
lis 1996; Owens et al. 2005). To explore the various management options, environmen-
tally oriented numerical river models should therefore be able to reproduce the trans-
fer fluxes of these fine particles (Förstner 2004).

In this context, a first problem is that a part of this suspended particulate matter (SPM)
can be transported as wash-load (WL) or very fine particle load, notably in a state of
autosuspension. According to Bagnold (1962), autosuspended particles have a settling
velocity ws not exceeding the value US (i.e. the product of mean stream velocity U and
slope of the energy grade line S). Among environmentalists, it is widely recognized that
these fine (slow-falling) particles are key vectors of pollutants in river basins because of
their specific surface and adsorption capacity. In the following it will be shown that there
are serious shortcomings in the modeling options currently available (Rendon-Herrero
1974; Wang 1979) for accounting consistently for wash-load particle fluxes. Distinguishing,
in a given SPM record, what can be designated as WL is one thing; being able to predict
the WL flux as a function of the hydrological sollicitations developing in the course of
years (or decades) in the river watershed is another, certainly more difficult, proposition.

A second difficulty in this area is that a small number of storm events of very high
intensity, lasting only a few days, can deliver the largest fraction of the annual particle
flux at a considered river cross-section (Salomons and Brils 2004). In these circum-
stances, the whole riverbed moves rheologically, a key feature not adequately accounted
for in traditional hydraulic models (Yen 2000). In more general terms, there is no suf-
ficient consideration of the dynamical equilibrium between alluvial channel resistance,
bedform development and bed-material load discharge, and for the role turbulence
plays in these feedback interactions (Cao and Carling 2002; Verbanck 2004a; Huybre-
chts and Verbanck 2006). To address the issue, a research action is underway in the
framework of the EU Integrated project Aquaterra under FP6. Model development is
based on vortex-drag concepts recently proposed by Verbanck (2006) as a viable op-
tion for predicting resistance-to-flow in alluvial streams displaying a dynamic bed
morphology evolution. This opens new perspectives for simulating the transport of
SPM in open-channels, acknowledging the role of suction vortices (Dinkelacker 1982)
in actively maintaining the resuspension process. The concept is physically based and
has, up to now, been applied with some success to a number of well documented fluvial
systems. It has the advantage of significantly lowering the number of model param-
eters to be calibrated (see Sect. 4.4.3).
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4.4.2 Approach

What Is Meant by ‘Wash-Load’ in This Study

Historically, the transport of bed material, either over the bed or in suspension, was
categorized as ‘bed-material load’ while the very fine suspended sediments not present
in appreciable quantities in the bed were designated as wash-load (Einstein 1950).
When suspended load (SL) is distinguished from bed-load (BL), the classification is
conceptual; it is the mode of transport which is used to make the distinction. Unfor-
tunately, the definition of washload is considerably more ambiguous. On one side,
the classification is based on the origin of the particles (coming from the watershed
or from upstream river stretches, as opposed to the local riverbed). On the other side,
‘not present in appreciable quantities’ often means considering all grains of a size
less than, for example, the d10 of the riverbed material to be wash-load (Einstein 1950).
The problem is evidently that the two criteria do not necessarily match. An alter-
native perspective on very fine SPM transport is to identify the fall-velocity thres-
hold under which particles are likely to be maintained in the water column by the
autosuspension process (Bagnold 1962; Wang 1979). This is an interesting ap-
proach to the problem, as it more clearly introduces a dynamic threshold, less
static (as a systematic use of the d10 criterion mentioned above). Along a similar
line of thought, we choose in this study to have a purely empirical definition of
wash-load (section below). The originality of the approach is that it starts from the
dynamics of what is observed in suspension (irrespective of the grain size charac-
teristics of the local riverbed). Adopting a dynamical threshold between wash-load
and suspended load evidently implies that exchanges between the two components
occur on a regular basis, both in the temporal and spatial frame. This is a well-known
difficulty of the problem, especially in the estuarine environment, where a large
part of the very fine suspensions are cohesive and have a tendency to form flocs, di-
rectly influencing their settling properties (ten Brink 1997; Chen et al. 2005; Desmit
et al. 2005). All mentions of ‘wash-load’ in this contribution thus correspond to the
working definition given as Eq. 4.50 (meaning i.e. that wash-load and suspended load
are mutually exclusive).

Identifying ‘Wash-Load’ Contributions in Experimental Records

The coarse particles moving in permanent contact with the riverbed (qBL), character-
ized by high settling velocities in the turbulent fluid medium (ws/u*≥ 3), are known
to be predominantly inert (granular) and are therefore not taken into account explic-
itly here:

(4.50)

The total flux of suspended particle material observed in the water column at a
given river location is thus perceived as the sum of two fluxes which, in a 1-D (low-
concentration) perspective as adopted here, can be seen as the product of flow
discharge Q (m3 s–1), volumetric concentration (either CWL or CSL) (–) and particle
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density ρs (kg m–3). A typical distribution between ρs CWL and ρs CSL from an experi-
mental survey of the tidal river Scheldt (Antwerp site, St. Anna landing stage) is illus-
trated on Fig. 4.19. Wash-load contributions will be the highest when high discharges
from the upstream watershed (November and December in this case) have been able
to mobilize pollutant sources distributed on the surfaces exposed to runoff. However,
as highlighted by Symader et al. (this volume), the runoff remobilization process can
present strong local features, with the most intense events not necessarily associated
with the highest wash-load fluxes.

In this estuarine case, a technique has been found to overcome the difficulty of having
qWL and qSL unresolved in the SPM records. As the stream velocity reverses twice per
tide, the minimum observed SPM concentration during a tidal cycle corresponds to a
slack with velocity dropping to zero. The minimum concentrations (joined by the thick
black line in Fig. 4.19), which correspond to particles which do not deposit in the low-
velocity slack periods occurring four times a day, are considered in this study to reflect
the long-term variation of the wash-load contribution (according to the terminologi-
cal restrictions of WL as provided above). In this way, a new signal can be generated,
corresponding more closely to the suspended-load contribution qSL, namely particles
which have the local riverbed as their transient source and sink. Progress in solving
the problem raised by Eq. 4.50 is therefore possible if a robust sediment transport model,
accounting for the dynamic behavior of the alluvial bed and the associated resuspen-
sion process, can be shown to reproduce the qSL component in an acceptable way. An
attempt to do this is presented below.

Adaptation of the Bagnold Suspension Model

In view of the complexity of the problem, stationary sediment transport and transport
capacity approaches are, at this stage, retained as convenient working hypotheses. Imple-
mentation of the model itself is currently performed only locally (zero-D approach)
with notably no account for the longitudinal distribution of riverbed deposits. As will
be seen, there is ample scope for further model elaboration, as these hypotheses corre-
spond to a gross over-simplification of particle transport processes (Burt et al. 1997;
Winterwerp and van Kesteren 2004) occurring in natural, estuarine systems such as
the one addressed here.

Fig. 4.19.
Eleven months of continuous
turbidity records in the Scheldt
Estuary
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Based on Bagnold’s stream-power concepts (1966), Verbanck (1995) suggested study-
ing the value of ηSLC* in the following power balance equation (Wm–2 of riverbed area):

(4.51)

in which RHy stands for hydraulic radius, ws effective settling velocity, C* non-dimen-
sional Chezy coefficient (the one divided by g1/2), ηSL suspension efficiency, u* shear
velocity, and u*c shear velocity at the onset of motion for sediments forming the chan-
nel bed. The left part of Eq. 4.51 is well-known (Bagnold 1966; Yalin 1977) and repre-
sents the gravitational power of immersed suspended sediments on their way towards
the riverbed at velocity ws. Without ηSL, the right part of Eq. 4.51 is the stream power,
calculated as the product of one-dimensional velocity and shear stress in excess of that
required to put the deposited particles into motion. The power balance simply ex-
presses that the gravitational power of the transported material uses a certain fraction
(ηSL) of the available stream power to remain suspended in the water column. This
assimilates a river flow to a certain sediment-transport engine, characterized by a given
efficiency. Comparatively to previous versions of the suspension model (Verbanck 1996;
Ma and Verbanck 2003), Eq. 4.51 also specifies, that under a certain threshold power, the
concentration of bed-material particles transported in the water column drops to zero.

In Bagnold’s (1966) approach, particles denser than water are maintained suspended
in the column through the upward components of the burst cycle, a non-isotropic turbulent
process inherent to high-speed flow close to a wall boundary (the riverbed in this case).
It is therefore logical to try to relate the sediment transport efficiency to the burst intensity
(Leeder 1983; Verbanck 2004b). Resuspension by burst activity implies that the flux of
turbulent fluid momentum away from the boundary is exceeding, at least by a small amount,
the one returning towards it. With obviously a plane bed in mind, Bagnold examined what
are the consequences of these turbulent features developing over a unit area of riverbed. As
a result of the net transfer of upward momentum, there is an equivalent pressure distur-
bance created at the boundary, the instantaneous magnitude of which is difficult to quan-
tify. However, averaged over a sufficient number of burst cycles, the overall excess pres-
sure is denoted ∆p. Expressed per unit of bed area it has units (N m–2). The suspension
efficiency derived by Bagnold actually relies on a model for the prediction of the maxi-
mum possible value of ∆p (denoted ∆p^ as a reminder of the resuspension effect) as a
function of stream power conditions. Making ∆p^ directly proportional to the shear stress
distributed over the unit bed area (see Table 4.9) he derived for ηSLC* the constant value
κ

1.5 (= 0.266). He was satisfied that the choice of this constant value, produced semi-theo-
retically for a plane bed, reasonably predicted the transport capacity condition for sus-
pended sediments in alluvial rivers. There is thus in this approach no explicit consideration
for the bed morphology condition and its consequences in terms of resistance to flow.
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In more recent developments, interpretation of flume and field data performed by
Bennett (1973) suggested that considering the product ηSL C* as invariant was not a
sufficient approach to the problem, given the extended particle-size and stream-power
ranges experienced in natural alluvial stream dynamics. Accordingly, Celik and Rodi
(1984, 1991) proposed improving the prediction of ηSL C* by making it dependent on
the value of the relative roughness. The relevance of this criterion for particles as fine
as those of interest here was questioned, however, by Westrich and Juraschek (1985)
who conducted flume studies of non-depositing flows loaden with quartz particles as
fine as 26 µm. By comparing the ηSL C* values observed, over erodible and non-erod-
ible boundaries, they were able to demonstrate the significant influence of the separa-
tion effect produced by bedform development. A further investigation of the role of
the morphological adaptation of the movable bed in controlling the efficiency of sus-
pended sediment transport was recommended (Yalin and Da Silva 2001).

Considering only non-cohesive, single-grain particles under capacity transport in
a flume, the value of ηSL C* is plotted in Fig. 4.20 as a function of the alluvial regime,
reflected both by the ambient Froude number U/(gD)1/2 (abscissa) and by the observed
bedform configuration phase (datapointer numbered from BF1 to BF8, following the
bedform nomenclature suggested by Simons and Richardson 1966).

Figure 4.20 suggests that it is only in a limited alluvial regime range (BF3, corre-
sponding to the fully developed dune configuration) that field sediment transport
capacities would be acceptably predicted using Bagnold’s assumption. Although
Bagnold commented that the κ1.5 constant would primarily apply to ‘higher stages of
flow’ and upper regimes (bedform BF5 to BF8), this is not substantiated by the general
trend depicted in Fig. 4.20. In fair retrospect, it is possible that the fully developed
dune configuration, as observed in actual alluvial rivers, has constituted the bulk of
experimental evidence examined in the light of Bagnold’s suspension model, contrib-
uting to its undeniable success among practitioners (Peters 1976). In this study, we
retain our confidence in Bagnold’s rational leading to the general power balance.
However, in Eq. 4.51, we introduce a non-constant value of ηSL C*, under the form of a
dependence with Rossiter modes as recently introduced in alluvial hydraulics studies
(Verbanck 2006; Huybrechts and Verbanck 2006).

Fig. 4.20.
Questioning the validity of
Bagnold’s assumption, based
on flume runs by Guy et al.
1966 (d50 = 0.19 mm, 0.27 mm,
0.28 mm), and Stein 1965
(d50 = 0.40 mm). Observed
sediment transport rates qSL are
used, by application of Eq. 4.51,
to deduce the values taken by
ηSLC* when dune bedforms are
progressively washed out and
replaced by the bedform
configurations typical of the
upper alluvial regime
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Inferring Resuspension from Vortex-Generated Wall-Pressure Signals

Rather than skin-friction drag or form-drag, we rely on vortex maintenance to explain
how rivers flowing over alluvial bedforms with a characteristic wavelength λBF (Fig. 4.21)
dissipate mean motion energy. The effect of topographic forcing, basically a non-tur-
bulent process, will be addressed below. Shear layer vortices are generated behind the
dune crest, where flow separates, and impinge on the back of the next dune at the
distance xR, where streamlines reattach. Experimental evidence collected in large
sandbed alluvial channels (Venditti and Bauer 2005; Best 2005) showed that secondary
eddies, generated at the point of impingement, could be strong enough to be percep-
tible at the water surface, displaying characteristic periodicity. Levi (1983a) studied
similar oscillatory flow processes with frequency fvortex, that arise when a restrained
fluid body, of characteristic length dimension L, interacts with a free flow of mean
velocity U. Prediction of the frequency of the periodic perturbations was possible with
a Strouhal law of the form:

(4.52)

in which m = 1 corresponds to the fundamental frequency (m = 2, 3, etc. being the higher
harmonics, Levi 1983b). The role of control factor m in Eq. 4.52 is the exact counter-
part, in aerodynamics, of the dynamical mode number intervening in the Rossiter equa-
tion: as soon as it takes an integer value, resonance is active and allows the self-sus-
tained oscillations to be maintained, the most efficient resonance effect taking place at
m = 1 (Rossiter 1962). Using Eq. 4.52 as a way to predict the periodicity of the vortices
in the separation region implies that m/2π  is the characteristic Strouhal number: a
first application of Eq. 4.52 is thus the prediction of the frequency of oscillation. Re-
versely, spatially periodic structures engendered by the oscillation are controlled by

Fig. 4.21. Detached/attached flow model: the movable-bed resistance, predicted as Eq. 4.53, is perceived
as the combination of a topographically forced attached flow, basically a non-turbulent process, and
b instabilities in the separated shear layer which originates at the bedform crest (Verbanck 2004b). In
this flow configuration, suction vortex dynamics is considered as the main resuspension process
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the value of m, allowing m to be placed at the center of a revised bedform typology. In
this respect as well, m = 1 is to be seen as the condition of the most effective water-
transport engine.

On this basis, the attached-detached flow model developed by Verbanck (2004b)
provides a way to predict the value of S, the slope of the energy grade line, for a quasi-
2-D turbulent open-channel flow over mobile bedforms:

(4.53)

This formulation in two components (based on the Froude number and Strouhal
numbers) allows the identification of the modes of energy transfer. In this formula-
tion, bursting activity is undoubtedly reflected by the second term on the right side. It
is the one that we want to interpret in light of the pressure change ∆p^ created at the
boundary by the periodic vortex impingement at the reattachment point shown in
Fig. 4.21, and the possible link with secondary turbulent structures active in resus-
pending particles. Here again, an analogy can be made with what is known in experi-
mental aerodynamics. Detailed examination of pressure patterns created by turbulent
flow along a wall has led Dinkelacker (1982) to conclude that an important part of pres-
sure disturbances can be attributed to a special form of burst activity. With a flow model
he showed that ‘tornado-like’ vortices developing over the wall zone could be responsible
for significant momentum transfer across the boundary layer, while explaining the pres-
sure observations at the wall. Turbulent mixing achieved in this way would be very effi-
cient and we see no reason why a similar process and its resuspension consequences should
not apply in hydrodynamics (Baud and Hager 2000) and, in the present instance, to the
near-bed zone in a river. Accordingly, ‘suction-vortices’ is the designation retained here to
represent the nearly-vertical turbulent structures (Fig. 4.21) which, at their base, literally
suck out the particles deposited on the back of the next bedform (Ha and Chough 2003)
and then propel turbid clouds upwards. These clouds often take the form of characteristic
twirling boils (Gyr and Hoyer 2006), as represented in the sketch above.

When these boils are powerful enough to be observed at the water surface, study
of their periodicity (as performed experimentally by, for example, Jackson 1976;
Kostaschuk 2000) has shown that it is reasonably described by a Strouhal law predic-
tion. This is the reason why we place the Strouhal number (as occurring in Eq. 4.53)
in the center of the resuspension modeling effort. In a flow configuration such as the
one illustrated in Fig. 4.21, the topographical forcing repeated from λBF to λBF will gen-
erate a gravity wave tending to reconstitute a planar, free surface. At the considered
disturbance scale, surface tension effects can be neglected. The speed of propagation
of the gravity wave is thus simply predicted as (Airy’s law):

(4.54)

with D being the total depth and g the acceleration of gravity. The ratio of average
stream velocity U to celerity c is called the generalized Froude number (Frg). It is this
general form which is retained in the logic of Eq. 4.53 (where it actually occurs as Frg to
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the power 10/3). Equation 4.54 shows that it is only for high values of the ratio λBF/D that
Frg converges to the traditional Froude number U/(gD)1/2 (the one used, e.g., in Fig. 4.20).

The evidence collected within the Aquaterra project suggests that the pressure change
∆p^ responsible for sediment resuspension actually involves the Strouhal number in
a way which presents a striking similarity with Eq. 4.53:

(4.55)

It is possible that Eq. 4.55, and the value of the exponents (which are retained as
such because of the strong standing of Eq. 4.53 so far, Luong and Verbanck 2007) will
in the future be further interpreted in the light of turbulent wall-pressure patterns. It
is indeed interesting to note that a similar minus ten-third dependency law has been
observed to fit reasonably turbulent wall-pressure signatures as expressed in the fre-
quency spectrum form (Black 1966; Hinze 1975).

Equation 4.55 can also be put into the form of Table 4.9, which clarifies how we would
now predict the value of ∆p^ (compared with Bagnold’s suggestion for a riverbed treated
essentially as a plane boundary, with no explicit consideration of bedform influence).

In the special condition of in-phase waves (m = 1), the magnitude of ∆p^ reaches
a maximum value for a given mean distributed bed stress. The so-called ‘antidune stand-
ing wave’ condition thus constitutes the most efficient bed configuration to produce
extreme sediment flux for a given τo. This, however, also needs to be appreciated in the
light of Eq. 4.53, which implies that, for a given Froude number, m = 1 will create the
least shear stress at the bed (headloss varying as m10/3). The transport capacity for-
mula emerging from this analysis should therefore reflect the dual intervention of the
control factor m on particle transport processes, once as an enhancing factor, and once
as an inhibition term. This opposition between mixing performance and fluid-flow
efficiency is well known in other fluid-mechanics problems, such as turbomixer design
and chemical reactor engineering.

The combination of Eq. 4.51 with Eq. 4.55 gives an expression for the volumetric
concentration of suspended load (Eq. 4.56). Compared with existing transport capac-
ity approaches (Yalin 1977; Molinas and Wu 2001; Yang 2005 and references therein),
this is, to our knowledge, the first sediment transport equation which explicitly takes
into account the bedform configuration phase, through the control factor m. It is there-
fore particularly suited to the interpretation of observations in natural alluvial streams,
such as the turbidity records obtained in the Scheldt Estuary in Antwerp.

(4.56)

The prefactor κ3 is a simple numerical coefficient (0.071) from the data analysis,
and the κ3 notation was retained because it was the same as the square of the κ1.5 ini-
tially suggested – on theoretical grounds – by Bagnold (1966). θ  is the non-dimen-
sional shear stress and θc the corresponding threshold value from the Shields diagram.
∆ stands for the relative excess density. By the mere logic of its derivation, Eq. 4.56
only applies to the suspended-load component. It is not supposed to reflect bed load
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qBL (ws/u* ratios significantly higher than 3). For volumetric concentrations higher
than 1%, concentration modifiers also need to be introduced, notably to account for
the influence on the bulk suspension density and for hindering effects on particle settling
behavior at very high suspension concentrations (Wan and Wang 1994).

In the follow-up to the discussion on the magnitude of the sediment-transport ef-
ficiency, it is noteworthy that suggesting Eq. 4.56 as a transport capacity formula is
equivalent to predicting ηSL C* as a function of m raised to the power –15/13. This
provides a reasonable explanation for the general shape of Fig. 4.20: the grouping ηSL C*
takes its highest values when ambient Froude number conditions allow m to get suf-
ficiently close to its minimum possible value (m = 1, as expression of Rossiter funda-
mental mode). In the upper alluvial regime, this only occurs in the so-called ‘in-phase
waves’ bedform configuration (Verbanck 2006). This would explain why datapoints in
the right part of Fig. 4.20 are systematically associated with the highest sediment-trans-
port efficiency values. River flows over two-dimensional dunes (that we generally as-
sociate with the second possible harmonics m = 2) would, in this respect, represent
significantly less efficient sediment-transport machines. This corroborates field ob-
servations collected from natural alluvial streamflows (Toffaleti 1968). A closer, more
appropriate, examination of the influence of bedforms of various extent would be pos-
sible through the use of generalized Froude number Frg, provided that experimental λBF
values are made available as part of the riverflow characterization effort (see Eq. 4.53).

4.4.3 Comparison of the Suspension Model with Field Data

Automated turbidity records have been obtained to characterize Scheldt estuarine wa-
ters in Antwerp since 1998. Samples are taken every 30 min, about 1.5 m below the
water surface, from a floating landing stage (Sint Anna site). The device is fit with an
internal fouling control, guaranteeing good precision even at low SPM values. Absor-
bance is measured at 660 nm wavelength. Kaolinite standards are used to convert the

Fig. 4.22. Comparison between experimental suspended solids concentrations (thick blackline) and
suction-vortex resuspension model output (light gray line) for the Scheldt at Antwerp
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absorbance signal into SPM concentrations. Figure 4.19 provided an example of a record
lasting a few months, illustrating how the ‘wash-load’ contribution could be taken out
of the overall signal. Zooming on a much shorter period, presenting only the suspended-
load contribution, Fig. 4.22 shows how local deposited sediments are responsive to
stream power increases corresponding to the regular tidal inversions.

Stream velocities in Sint Anna (unfortunately not measured locally) were obtained
by a one-dimensional hydrodynamic model proposed by Regnier (1997) for that part
of the estuary. The value of the effective settling velocity in the turbulent medium, as
occurring in Eq. 4.56, is extracted from the locally observed suspended sediment pro-
files along the vertical (ws = 0.5 mm s–1) following the method proposed by Verbanck
et al. (2002). On this basis, results of the suction-vortex resuspension model, as applied
to the eighteen-day continuous sequence, are plotted in Fig. 4.22. To account for the
specific estuarine behavior (actually a strong, non-stationary sediment transport sys-
tem), an invariant time-lag correction of minus 35 min (delay of observed SPM values
compared to what they would be in the case of instantaneous response to the hydro-
dynamic changes) was imposed. To obtain the result shown in Fig. 4.22, the bedform
wavelength λBF (cf. celerity of the gravity wave in generalized Froude number Frg,
Eq. 4.53) was tuned to 24 m, a value not incompatible with the range of bedform wave-
lengths (5 m≤ λBF≤ 70 m) usually observed at the site (Francken et al. 2004). Fig-
ure 4.22 suggests that, under neap-tide conditions, suspension capacity transport can
be observed, fitting very nicely the predictions of the suction-vortex resuspension model.
By contrast, this is not true during the largest part of spring tides. It is very likely that,
when stream power conditions are the highest, the local source of easily erodible de-
posits is completely exhausted, exposing old layers characterized by very low erodibil-
ity (and very low mud content). If confirmed, this observation in itself could present
some operational interest, notably in terms of the sampling strategy to be adopted in
further estuarine environmental surveys.

Concluding Remarks

Regarding suspended load predictions, model results proposed so far for the highly
dynamical Scheldt sediment system are encouraging, although, surprisingly, they were
obtained without special consideration for the cohesive nature of the deposited mate-
rial. If suspended load can be predicted along the lines suggested in this study, this
could mean for the future that the computed qSL for a given river (even a non-tidal one)
could be substracted from the experimental SPM record collected during a sufficiently
long time. With Eq. 4.50, this would allow the generation of a new, relatively clear qWL
experimental signal (no longer obscured by the dynamics of local river deposits). Al-
though obtained in an indirect way, the reconstituted qWL record could serve as a basis
for the development of a new generation of wash-load prediction models (irrespective
of any terminology arguments about what these WL contributions may be). Assess-
ment and management of non-point sources indeed constitute one of the major chal-
lenges of future environmental protection of rivers. The achieved progress is noticeable
regarding the control of (municipal and industrial) pollution point-source discharges.

In another respect, consideration of the differences highlighted by the model out-
put between neap- and spring-tide conditions could be exploited from a straightfor-
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ward, operational point of view. For further environmental surveys, a model assisted
sampling strategy could be considered aiming to optimize, in the temporal and spatial
frames, the collection of sediment deposits in highly dynamic estuarine and riverine
systems. Sampling and monitoring costs are indeed only justified if there is a sufficient
guarantee of sample representativeness. Related concerns are increasing among the
EU member states, in their effort to launch the surveillance schemes imposed by the
2000/60 Water Framework Directive.
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Chapter 5

This chapter addresses different monitoring and modeling approaches to investigate and
quantify sources and pathways of sediments, nutrients and pollutants within river
catchments.

Within four sections, the authors apply a variety of methods focusing on issues of
different temporal and spatial scales ranging from event-driven sediment transport in a
small mountainous catchment to annual load and mass balance in large river basins. The
goal of this chapter is to improve the knowledge in assessing source-related load balances
in river catchments.

Starting point of the first chapter is the European Water Framework Directive (WFD)
which takes a combined approach of emission limit values and environmental quality stan-
dards to pollution control. WFD requirements are identified and present concepts to calcu-
late substance specific load and mass balance in river catchments are discussed with respect
to their capacity and limitation in assessing point source and non-point-source pollution.

Section 5.2 presents a field study investigating the effects of land cover changes on sedi-
ment transport in an alpine watershed by means of a coupled, spatially distributed event-
based rainfall-runoff-erosion model. The choice of the sediment transport formula may
significantly affect the calculated magnitude of erosion and deposition. Hence, a better under-
standing of the driving mechanism of erosion in relation to overland flow is required.

Section 5.3 evaluates the flood dependent transport processes of suspended sedi-
ment and pollutants in the Middle Elbe River. Event-driven matter transport is due to
the complex interaction of: inflow from tributaries with different pollutant load; the
role of groyne fields acting either as a source or as a sink for particulates; and the
deposition on floodplain areas. Transport of the trace metals depends on their sedi-
ment-water partitioning and the grain-size of the suspended sediment.

Section 5.4 aims at mean annual loads of phosphorus from diffuse and point sources
in large river basins. The empirical emission model presented is based upon so-called
phosphotopes which are regarded as homogeneous types of sub-areas representing dis-
continuous source areas for non-point phosphate inputs. As shown for the Ems and Rhine
catchments this phosphotope modeling concept may identify hot spot areas of pollution
and hence, may support options and plans for a river basin management and remediation
measures according to WFD. Further experience in monitoring and modeling of pollut-
ant emission and transport in river catchments over a large range of spatial and temporal
scales is still necessary for the implementation. The following four papers show the broad
spectrum of work and give inspiration for future research in the field of catchment-re-
lated pollution control and management.

Catchment Modeling

Ulrich Kern
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5.1 Catchment Modeling of Emissions from the Perspective
of WFD Implementation

5.1.1 Introduction

The Water Framework Directive (WFD) sets ambitious objectives for the protection of
European water resources (EC 2000). For priority substances and other pollutants
environmental quality standards have been defined for surface water. An understand-
ing of the sources and pathways of these substances within river catchments is crucial
to establish effective monitoring programs and to develop emission control strategies
as a part of cost-effective programs of measures. In this context, source-related emis-
sion modeling offers the potential to support WFD implementation, since these catch-
ment models provide annual load balances and highlight the relevance of various
pollutant sources and pathways (Fig. 5.1).

The objective of this chapter is to discuss the value of catchment-related emission
modeling from the viewpoint of WFD implementation. Since this contribution is re-
lated to the SEDYMO research program (Westrich and Förstner 2005), emphasis is given
to fluvial systems. Trace metals are chosen as a substance group of environmental
concern which is particle-associated to a large extent. Instream processes such as ero-
sion, sedimentation or biogeochemical transformation are in the focus of other con-

Fig. 5.1. Sources and pathways of pollutants in river basins
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tributors and hence, are not considered here. The results presented are from the research
project SAFE (Becker et al. 2005) and are related to the 1 800 km2 catchment of the Erft
River, a left tributary of the lower Rhine located in the western part of Germany.

In a first step, the WFD is briefly presented and its requirements for catchment
modeling are described. Next, pathways of pollutants are analyzed with respect to data
availability and their temporal process behavior. The capabilities of present modeling
concepts which calculate substance load budgets in river catchments are investigated.
The deficits, obstacles and perspectives of catchment models are considered.

5.1.2 The WFD and Its Requirements for Catchment Modeling

On 23 October 2000, the “Directive 2000/60/EC of the European Parliament and of the
Council establishing a framework for the Community action in the field of water policy”
(EC 2000), commonly known as the European Water Framework Directive (WFD), was
adopted. The key elements and objectives of the Directive are as follows (Blöch 2004):

� protection of all waters aiming at good status, as a rule, at the latest by 2015, linked
to a non-deterioration principle

� comprehensive monitoring systems for all waters
� coherent water management based on river basins
� combined approach of emission limit values and quality standards
� economic instruments to support environmental objectives
� mandatory public participation
� streamlining legislation, and ensuring a single, coherent managerial frame.

The Directive foresees a timetable for implementation using a stepwise approach
consisting of: initial river basin analysis (finalized 2005), the implementation of moni-
toring programs by 2007, the establishment of programs of measures and river basin
district management programs until 2009, the implementation of measures until 2012
and the achievement of good status of water resources until 2015.

Within the first river basin analysis, in Germany published in spring 2005, 60% of
all surface water bodies were deemed to be at risk, 26% possibly at risk and 16% not
at risk of failing the WFD objectives (BMU 2005). One major reason for waters being
at risk was found to be deficits in hydromorphology, including river continuity. An-
other is related to discharges from point and diffuse sources affecting the water quality
of surface waters, which is the focal point of this study.

The Combined Approach

The WFD takes a combined approach to pollution control first by setting emission
controls to limit pollution at the source (e.g., waste water, agricultural fertilizers) and
secondly, by establishing water quality objectives for bodies of water. In every case, the
more stringent of the two will apply (De Toffol et al. 2005). Thus Member States will
have to set down in their programs of measures both the limit values to control emis-
sions from individual point sources and environmental quality standards (EQS) to limit

5.1  ·  Catchment Modeling of Emissions from the Perspective of WFD Implementation
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the cumulative impact of such emissions as well as those from diffuse sources of pollu-
tion. For surface waters, EQS have been defined for priority substances and certain
other pollutants considering the annual average (AA-EQS) and the maximum allow-
able concentration (MAC-EQS) (EC 2006).

A meaningful combined approach is strongly connected to a sound understanding
of the origin, pathways and depots of pollutants within river catchments. Surface waters
may receive loadings of pollutants from various point and diffuse sources. Knowledge
about the pollutant origin and especially about the dominant input pathways is prereq-
uisite to develop successful strategies for emission avoidance and emission control.

The relevance of external sources in comparison to the background values for the
apparent instream pollution has to be investigated. In the past, especially particle-bound
pollutants such as most of the heavy metals and hydrophobic organic micropollutants
may have accumulated in aquatic sediments due to historical pollution. In this case,
pollution of river bed has to be considered and may even far exceed the impact of
external sources. These ‘areas of concern’ have to be identified within a river basin and
assessed with respect to their ecological damage potential using a ‘weight of evidence’
approach (Heise et al. 2004; Heise et al. 2005).

The WFD Scales

It is noteworthy to recognize that the WFD’s water quality targets are connected to
different spatial scales. Here, three levels may be distinguished, which have to be em-
bedded within a management framework (Fig. 5.2).

The protection of the marine environment is a major issue in Europe’s water policy.
This is manifested within international agreements such as HELCOM for the Baltic Sea
(EC 1994a,b) and OSPAR for the North-East Altantic (EC 1997), which aim at a pres-
ervation of biodiversity of the marine ecosystem, protection from eutrophication,
hazardous and radioactive substances and the effects of offshore exploration of oil and
gas. From the marine viewpoint only the entire load of nutrients and pollutants from
a river basin is important without considering its precise origin.

However, knowledge about the ‘areas of concern’ as well as the ‘input pathways of
concern’ is required to set efficient management priorities on the catchment scale.
Additionally, legislative and financial instruments rather than technical measures will
be used at this scale to support the achievement of the environmental goals.

The other end of the WFD scale is defined by the single water bodies for which, as
a rule, the good status has to be achieved by 2015. For these river sections, operational
monitoring and cost-effective measures have to be developed. Hence, when consider-
ing water quality targets, a detailed understanding of the pollutant emission pathways
is needed on the local scale.

On the regional scale, management units may be defined by groups of water bodies
with similar conditions or impacts.

With respect to temporal discretization, substance load balances are needed at least
on an annual basis. Firstly, this is to identify trends within the WFD reporting cycle, as
the Directive demands river basin management plans to be established and updated
every six years. Secondly, the annual basis allows to compare modeling results with the
AA-EQS for priority substances and pollutants in surface waters.
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The Contribution of Emission-Related Catchment Models

Modeling load balances of substance emissions within river basins supports for WDF
implementation by:

1. Contributing to development of monitoring strategies
2. Supplementing available monitoring data
3. Facilitating data analysis of emission and instream pollution
4. Helping to verify complience with environmental quality standards
5. Identifying and assessing the relevance of pollutant pathways
6. Enabling development of instruments and measures for pollution control (e.g., by

scenario analyses)
7. Providing a basis for implementation of the ‘polluter pays principle’

5.1.3 Calculating Emission Balances in River Systems

Emission Pathways

To calculate the substance loadings which a water body receives is a challenging task
since a network of numerous environmental pathways has to be considered (Fig. 5.3).
Each pathway may be defined by three parts: mobilization from a specific source, a
transport route, and the input to the water body. For example, the roofs of buildings
may consist of zinc which is mobilized by rainfall and transported via roof runoff into
a combined sewer system. Zinc may be discharged into a river in this example either
via the outflow of the waste water treatment plant or, in case of overloading, via com-
bined stormwater overflow. At this point, the question arises if it is advantageous or
even necessary to describe the entire pathway (including mobilization, transport route
and input) or if it would be sufficient or favorable to consider only the input. Generally,

Fig. 5.2.
WFD management framework
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a clear answer cannot be given to this question since the choice of the model concept
depends on both the objectives of the investigation and the availability of data. How-
ever, the recommendation can be given that a modeling approach which is limited to
the input is sufficient if either the input is well known or if it is fed from heterogeneous
sources which are not easily identifiable. A highly sophisticated process – based model
describing the whole pathway seems to be less appropriate to be applied in large river
basins than a conceptual model which is developed to set management priorities. On
the other hand the same conceptual model developed for the large scale may be too
coarse to support decisions on a water body scale.

Contaminant sources are usually classified into two general forms, point sources
and non-point sources, each of which poses specific problems regarding monitoring,
quantification and management. Point sources of pollution are those originating from
a single, well defined location. As such, they are often readily identified and generally
easily controlled and monitored. Examples of point sources of pollution relevant to
water and sediment management in river basins include industrial discharge, effluent
from waste water treatment plants (WWTPs) and combined sewer overflow (CSO).
Non-point (diffuse) sources of contaminants are those originating from a wide area
within the catchment. As their location of discharge into a water body is not well de-
fined the identification, and in particular the control, of these sources presents a chal-
lenge to water pollution management. Examples of diffuse sources of pollution in-
clude atmospheric deposition and the input of contaminants via surface runoff, interflow,
groundwater runoff and erosion.

It is important to realize that some of the input pathways are continuous processes
whereas others are event-driven. In view of the fact that the WFD requires emission
load balances on an annual basis, on the one hand, those pollutant inputs which are

Fig. 5.3. Environmental pathways of pollutants in river basins
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defined by continuous, almost uniform graphs of substance loadings are the easiest to
quantify and to control. Runoff from WWTP, groundwater recharge or pumping of
sump water in mining areas are examples of this kind of processes. On the other hand,
the description and simulation of pollutant inputs defined by discontinuous pathways
which are steered by low frequency, high impact (LFHI) events is most difficult. Input
via soil erosion, surface runoff and CSO belong to this group. As their fate is strongly
affected by erosion, particulate nutrients and pollutants are difficult to handle.

Model Validation

Validation of emission load balances is an issue of outstanding relevance. Since only
few input pathways are monitored by measuring the discharged loadings, the overall
load balances can only be checked by means of environmental monitoring data from
the receiving water bodies. Here, two problems have to be envisaged: First, the water
quality of a water body may be influenced or even controlled by historical sediment
pollution rather than by external sources (see Sect. 5.1.2). Second, instream processes
such as erosion, sedimentation and biogeochemical transformation processes may be
important for particle-bound and/or reactive compounds. Today, most of the catch-
ment models do not account for these internal riverine processes in detail but use con-
stant or discharge-dependent retention factors instead. Therefore, presented compari-
sons assuming that the sum of emissions minus retention is equal to monitored load-
ing may be inadequate due to the deficiencies in process-description for the water bod-
ies themselves.

5.1.4 Obstacles and Strategies in Catchment Modeling

In this section different approaches to quantify emissions are discussed for selected
pathways. As an example of a continuous point source, effluent of waste water treat-
ment plants (WWTP) is considered. Soil erosion is highlighted as discontinuous path-
way from non-point source which is controlled by LFHI events.

Emissions from Continuous Point Source: Input Via WWTP Effluent

In the following presentation, different possibilities of estimating annual effluent loads
from WWTP are investigated and discussed for the substance group of trace metals.

Figure 5.4 provides a schematic view of a conventional WWTP receiving its inflow
from the sewage system. Purification is accomplished through fixation of a portion of
the inflowing trace metals in the sewage sludge. The fluvial system is affected by the
WWTP effluent. Hence, the effluent seems to be the ideal location to monitor and
calculate the pollutant loading.

Calculation, or better estimation of the mean annual pollutant load is given by the
product of the annual WWTP runoff and the mean annual concentration of the re-
garded pollutant in the WWTP effluent. In practice, a surveillance program is either
continuous or discontinuous at certain monitoring intervals providing e.g., hourly or
daily values. In case of lacking monitoring data annual WWTP discharge can be esti-
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Fig. 5.4.
Points to quantify emissions
from waste water treatment
plants

Fig. 5.5.
Stepwise approach to calculate
annual WWTP effluent loads
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mated by the design capacity of the plant or connected inhabitants (Zessner and Lindtner
2005), and annual concentration is usually derived either from literature values or from
the surveillance value of the plant’s operating permit, which can only provide a rough
estimate of the true concentration. For calculation of both discharge and concentration,
a decision tree can be set up which goes from greatest to poorest data availability (Fig. 5.5).

When combining the different estimates for the annual means of discharge and
concentration, an (n × m)-matrix can be set up where every matrix element refers to a
specific load estimate. The upper left matrix element (1,1) refers to the correct load
value, as it is determined by continuous monitoring, whereas the lower right one, e.g.,
matrix element (n, m), reflects the load estimate which is expected to be the least ac-
curate, since it is not based on any monitoring data. Straightforward calculation of
monitoring data generates a certain matrix element e.g., a specific annual load esti-
mate. Depending on the given monitoring frequency this load estimate will be more
or less accurate. From the matrix approach it becomes apparent that monitoring strat-
egy has to be taken into account to ensure reliable emission data.

Another problem in practice is caused by concentration values below the analytical
detection limit (DL). For trace metals, conventional analytical methods such as optic
emission spectrometry (OES) might not be sensitive enough to detect trace metals in
WWTP effluents. In this case a common procedure is to substitute values below DL to
avoid data gaps in order to perform load calculations. The half detection limit value is
most widely used to substitute analytical values below DL. For log-normally distrib-
uted analytical values, Fig. 5.6 depicts that this approach is only suitable if the minority
of monitoring data is lower than DL. Otherwise, especially if only 10% or less of the

Fig. 5.6.
The detection limit problem:
deviation of the half detection
limit value from the expected
true value as a function of the
percentage of values below
detection limit. Results are
given for different standard
deviations σ  assuming log-
normally distributed
analytical values
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monitored data are detectable, the true concentration might be tremendously overes-
timated. In this case monitoring data are insufficient and do not form a basis for an-
nual load estimates. For example, the WWTP surveillance program of the state of North
Rhine-Westphalia, Germany, using conventional OES in combination with inductive
coupled plasma (ICP-OES), revealed that 99% of concentration values for lead and
cadmium were below DL (MUNLV 2006).

The solution to this difficulty is either to use more sensitive analytical methods
such as mass spectrometry (ICP-MS) or to employ enrichment techniques prior to the
trace metal detection. Since increasing analytical effort raises the costs of any surveil-
lance program, it should be determined if there are further alternatives in calculating
the pollutant loading of WWTP effluent.

DL problem may be avoided by considering the WWTP inflow or, even more prom-
isingly, by using the sewage sludge where pollutants become enriched throughout the
treatment process (Fig. 5.4). With either alternative, WWTP emissions can only be
derived if the purification efficiency of the WWTP is well known. Thus, plant-specific
data on pollutant retention efficiency have to be gathered. As a fall-back, literature
values may be used instead if these are based upon the same design characteristic of
the treatment plant. However, for WWTPs within the Erft River catchment, retention
efficiencies for trace metals measured by Becker et al. (2005) appear to be considerably
higher than reported by Fuchs et al. (2002) for WWTP in the Rhine catchment (Fig. 5.7).

Figure 5.8 depicts a comparison of mean annual loads of trace metals for 46 mu-
nicipal WWTP plants in the Erft River catchment. The overall load of the examined
trace metals derived from sewage sludge is at an average of approximately 5.0 t yr–1,

Fig. 5.7. The purification efficiency problem: trace metal retention efficiencies of WWTPs with differ-
ent design characteristics. Mean literature values according to Fuchs et al. (2002) are indicated with *
and compared with median values of three WWTPs (Vettweiss, Elsdorf and Kaster) using activated
sludge with phosphorus removal and the membrane activated sludge WWTP at Rödingen
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which is only slightly smaller than the load of 5.5 t yr–1 in the effluent. Based on this
result, the sewage sludge method can be recommended as an alternative to the effluent
method, despite significant deviations in value for individual trace metals such as nickel
or lead. For both methods, literature values overestimate the values based on monitoring.

Emissions from Discontinuous Non-Point Source: Soil Erosion

As an example of a discontinuous non-point source, soil erosion is highlighted in this
section. This pathway is significant for nutrients, especially phosphorus, and particle-
bound pollutants and may form a large portion of the entire emissions as known for
large river basins (Böhm et al. 2000).

Soil erosion depends on the characteristics of the catchment (hill slope, soil prop-
erties, vegetation) and those of the precipitation events (intensity, amount and course
of rainfall). Erosion monitoring data is sparse since the events are unpredictable.

Due to the lack of appropriate measured data, either conceptual models or physi-
cally based models are employed to quantify soil erosion. The conceptual approach is
generally based on the Universal Soil Loss Equation (USLE, Auerswald 1998) and pro-
vides mean annual values. Process oriented erosion models such as AGNPS (USDA
2006), EROSION 3D (Schmidt 1996; von Werner 2002), EUROSEM (Morgan et al. 2006)
and WEPP (USDA 2006) simulate the physical processes of soil mobilization and soil
transfer for discrete precipitation events. In the following both approaches are described
and results are compared for the example of the upper Rotbach, a sub-basin of the Erft
River, Germany.

Conceptual approach of erosion modeling.  The USLE adapted to German condi-
tions by Schwertmann et al. (1990), is employed to calculate the mean annual loss of
soil (Eq. 5.1):

(5.1)

A = Mean annual soil loss (t (ha a)–1), R = rain erosivity factor (N h–1), K = soil erod-
ibility factor (t h (ha N)–1), L = slope length factor (–), S = slope steepness factor (–),
C = crop and management factor (–), P = protection measures factor (–).

Fig. 5.8. Emissions from 46 WWTPs in the Erft River catchment. Comparison between the WWTP ef-
fluent method (left) and the sewage sludge approach (right) for trace metals
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Using Eq. 5.1 to estimate the potential erosion, the part of the mobile soil which is
transported into the surface waters can be calculated if delivery and transfer of soil
under the influence of heavy precipitation are taken into account. Various methods are
available to determine the sediment delivery ratio, (a) accounting only for steep areas which
are located close to rivers (Behrendt et al. 1999); (b) considering hill slope and the portion
of farm land (see model MONERIS, Behrendt et al. 1999); or (c) classifying the hill
slope by the probability with which the abutting, slopy area is connected to a rivulet.

When calculating the soil transfer by erosion it is always to be noticed that the portion
of small grain-size fractions increases during the transport by surface discharge. This sort-
ing is caused by preferential settling of larger soil particles and is considered by the en-
richment ratio (ER, see Sect. 5.4.3) employing one of the following procedures: (a) constant
substance-specific ER (Fuchs et al. 2002); (b) ER depending on the long term mean of the
annual sediment input (Auerswald 1998); (c) ER accounting for the correlation between
sorption surface and grain size of soil particles when simulating the graded transport of
several grain size fractions; (d) ER given by the ratio of measured substance concentrations
in river bottom sediment to the mean monitored soil contamination (Böhm et al. 2001).

The substance load by soil erosion, which is transported into the river during heavy
precipitation, is calculated by Eq. 5.2 from the mean annual soil loss (Eq. 5.1), the sedi-
ment delivery ratio, the enrichment ratio and the substance concentration in the soil.

(5.2)

SE = substance input via erosion (kg), E = potential erosion (t ha–1), R = rainfall ero-
sivity factor (%), SDR = sediment delivery ratio (%), ER = enrichment ratio (%),
csoil = substance concentration in the soil (mg kg–1), A = area of farm land (ha).

Process oriented approach of erosion modeling.  These models simulate the soil
erosion in small catchments for single precipitation events. The model EROSION 3D
(Schmidt 1996; von Werner 2002) which is employed here, is applicable in catchments
of up to approximately 400 km2. Spatial resolution of grid cells is between 5 and 20 m,
temporal discretization is by time steps of 10 min. The model EROSION 3D consists of
two main components, a GIS-module and the program core. The GIS-module is used
for the digital relief analysis. The program core of the model takes into account, among
others, the following processes of soil erosion: infiltration of precipitation according to
Green and Ampt (Schmidt 1996); generation of runoff (excess of infiltration and reten-
tion in troughs); unsoldering of soil particles from the soil surface; transport of par-
ticles and deposition depending on the transport capacity of the surface runoff; en-
richment of fine particles along the transport path.

Input parameters of deterministic erosion models are numerous and can be sub-
divided into three groups.  Digital terrain model; soil parameters (distribution of
grain sizes, storage density, content of organic carbon, initial water content, resistance
against erosion, coefficient of roughness, degree of coverage, correction factor, associ-
ated precipitation situation); precipitation parameters (intensity, interval of discreti-
zation, duration of precipitation).



183

Model application.  For the year 2000, the annual sum of soil erosion and deposition
in the upper Rotbach catchment, a river system in the slopy setting of the northern
Eifel mountains. Figure 5.9 shows the results of the conceptual method following the
approach of MONERIS (Behrendt et al. 1999) and those of the process oriented
EROSION 3D model assuming that all the farmland is covered with winter wheat.

The comparison of the model results for the sub-catchments of the upper Rotbach
shows remarkable resemblances. This applies to the spatial allocation of the erosion as
well as for the absolute quantities.

Despite of these promising results, it must be stressed that matter input via soil
erosion can only be assessed with large uncertainties. Most seriously, model validation
by means of instream data is affected by sparse data and riverine sediment transport
which may blot out the effect of soil erosion (see Sect. 5.1.3).

From the viewpoint of WFD both approaches are supplementary and thus, their
combination is most promising. The conceptual approach may serve to assess the sig-
nificance of the soil erosion pathway in comparison to other human pressures and
impacts on the river basin scale. The process oriented approach is to investigate the
event-driven effects of soil erosion and to evaluate the significance of measures, e.g.,
for soil conservation, on the local and regional scale.

5.1.5 Conclusions

From the perspective of WFD implementation, there is a substantial need for catch-
ment modeling and in particular for substance load balances. These models contribute
to the combined approach. They may support decisions to set up monitoring programs,
to develop cost-effective instruments and measures for pollution control and to imple-
ment the ‘polluter pays principle’. Application and further development of catchment
models should address the following considerations:

Fig. 5.9. Sediment input via soil erosion in different areas of the upper Rotbach catchment

5.1  ·  Catchment Modeling of Emissions from the Perspective of WFD Implementation
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1. Emission-related catchment models are designed to identify ‘input pathways of con-
cern’ e.g., they aim at identifying the relevant external sources and impacts within a
river catchment.

2. This type of models disregards instream contamination due to historical sediment
pollution. Hot spots of sediment contamination which are referred to as ‘areas of
concern’ have to be identified separately and require a risk assessment with respect
to their environmental relevance (Heise et al. 2004; Heise et al. 2005).

3. Integrated water quality management should account for both, ‘input pathways of con-
cern’ as well as ‘areas of concern’. Hence, emission-related models cannot be used in iso-
lation to arrive at management recommendations, especially when looking at particulate
pollutants. These models should rather be part of the entire managerial framework.

4. WFD requires annual load balances on different spatial scales (river basin, manage-
ment unit, water body). Although the existing models do not meet all the WFD re-
quirements – especially on the regional scale – there is no need to recommend the
development of a single, generally applicable catchment model. For one, the level of
knowledge about transfers and processes in river basins varies significantly from
one water body or management unit to another. For another, the availability of model
input parameters is very different. Therefore, applying catchment models should
not be reduced to the automatic use of a specific, straightforward algorithm. In-
stead, the regional applicability of a certain model should first be checked against
the objective and the scale of application, the regional data availability and the level
of knowledge about pollutant sources and pathways. A variety of emission-related
models which offer data-dependent ways of calculating pollutant discharges are thus
needed. Robustness checks and sensitivity analysis are strongly recommended to
increase reliability of the calculated load balances.

5. At present, catchment models do not consider the fate of pollutants within rivers in
an appropriate way. Especially for particle-bound and reactive compounds, either
these models have to be further improved, or a coupling of emission-related catch-
ment models with surface water quality models has to be envisaged to overcome the
existing deficits. Hence, better collaboration between “catchment modelers” and
“instream modelers” is recommended.
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5.2 Modeling the Effects of Land Cover Changes on Sediment Transport
in the Vogelbach Basin, Switzerland

5.2.1 Introduction

Land use changes are often considered to be the reason for increased flood frequency and
magnitude as well as enhanced erosion. In small mountain basins, rapid changes in veg-
etation land cover may occur due to anthropogenic or natural causes, with pronounced
effects on hydrological processes and the local ecosystem. With deforestation or wind-
storm damage, an increased proportion of the land surface may be exposed to more inten-
sive overland flow processes, providing an enhanced sediment supply to the fluvial system
and increasing the risk for downstream areas during severe flood events. It is generally
accepted that the adaptation of appropriate land use strategies will lead to a more effective
prevention of runoff and sediment production. In addition, careful management of the
vegetation cover may lead to the ecosystem being less exposed to windstorm damages and
more effective in regenerating after disturbances. A sustainable forest management which
minimizes the risks of floods and erosion and strengthens the ecosystem has to be based
on a proper understanding and evaluation of basin response to changes in vegetation cover.

Unfortunately, direct observations of land use change effects are very limited, in par-
ticular in combination with adequate hydrological, sediment transport and erosion mea-
surements. Therefore, the quantification of sustainable forest management practices of-
ten relies on mathematical modeling and scenario analysis. Scenarios play an important
role because they use expert knowledge to identify realistic catchment changes, which are
subsequently used to assess the relevant hydrologic response by means of model simula-
tions. Thus, distributed rainfall-runoff models, coupled with sediment transport and ero-
sion/deposition models and used together with land cover change scenarios, can help in a
quantitative assessment and evaluation of erosion patterns resulting from catchment re-
sponse to scenarios of different land uses.

As part of a larger study (Kirsch and Burlando 2005) the present investigation focuses
on the development and application of a coupled spatially distributed and GIS-integrated
event-based rainfall-runoff-erosion model, and on its subsequent application to the analysis
of catchment response to land cover change scenarios. Specifically this paper presents the
investigation of the effects on overland and channel potential erosion and transport rates
in a small mountain basin in Switzerland. The paper reports the results of a preliminary
study which aims at showing the potential of modeling as a replacement of extensive,
demanding and often unfeasible 1:1 investigations, whereas the study is designed as an
investigation framework for ungauged basins, especially targeting the study of basin
changes. It does not address and resolve open scientific issues concerning erosion and
sediment transport issues which are still debated in the literature. Therefore, assumptions
which have been proposed and extensively used in the literature are neither refuted nor
proved, but studied from the prospective of modeling relevant changes within the basin
over time. Conversely, while showing the power of mathematical modeling, the study
expresses a word of caution on the (direct application) of equations available from the
literature without reflecting, even in a qualitative fashion, on the physical processes.
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The analyzed land cover change scenarios consist of hypothetical forest damages
caused by windstorms similar to historically observed storms in Switzerland (BUWAL
2002). The results focus on the changes in hillslope and channel erosion rates, on the
modification of the duration of the erosion event and of the total sediment load. The
analyses were carried out by means of two different hillslope sediment transport ap-
proaches, to assess their sensitivity and their ability to predict erosion in space and
time as influenced by land cover change.

5.2.2 The Case Study

The study catchment Vogelbach is located in the Alptal, central Switzerland (Fig. 5.10).
Covering an area of 1.55 km2, its elevation ranges between 1 060 m at the outlet and
1 545 m at the highest location. Average annual precipitation measured at the catch-
ment weather station is around 2 100 mm yr–1 with highest precipitation in the sum-
mer. The average annual runoff from the catchment area is about 1 590 mm, resulting
in an annual runoff coefficient of about 0.74. Based on station measurements, the rain-
fall DDF curves give for the return period 2.33 and 100 years the rainfall amount of
28 mm and 69 mm (1 hour duration), and 82 mm and 156 mm (24 hour duration). The
mean runoff is about 0.078 m3 s–1, while the highest recorded peak was about 6 m3 s–1.
The estimate of the centennial flood is approximately 11.5 m3 s–1 (BWG, 2003).

Land cover consists mainly of forest (63%), pasture and meadow (31%). Hillslope
steepness ranges between 20 and 40% with an average gradient of 37%. Most com-
mon soils in the basin are Gleysol and Regosol. The Swiss digital soil map (Geostat
1997) and specific literature (Burch 1994) indicate shallow soils (30–40 cm) with a
large clay content causing a generally low infiltration capacity. Forested areas have a
slightly higher infiltration capacitiy (compared to unforested areas) which leads to a
lower degree of water logging. In general, geomorphologic properties and vegeta-
tion/land cover distribution within the Vogelbach catchment represent well the bound-
aries of hydrologically similar reacting areas. The erosion patterns and erosion inten-
sities are also strongly related to hillslope morphology and vegetation cover; in par-

Fig. 5.10. Location, characteristics and instrumentation of the Vogelbach Basin
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ticular steep hillslopes connected to the channels are susceptible to erosion, soil creep
and shallow landslides. The main channel is incised into the hillslopes and has an average
steepness of 18% and an average width of 5.5 m (Milzow et al. 2006). The longitudinal
profile surveyed by Milzow et al. (2006) shows a step-pool morphology with occasional
cascading sections and exposed bedrock. The median bed sediment particle size is
around d50 = 120 mm, most bed material ranges between 10 and 1 000 mm in size.  The
catchment is instrumented with an automatic gauging station measuring discharge
with a time resolution of 10 minutes. Precipitation is recorded with the same time
resolution at a weather station located within the basin.

Sediment transport measurements are carried out by hydrophones, automatically re-
cording the impulses of bed load particles larger than 10 mm at the basin outlet. Suspended
load monitoring is not provided within the current equipment of the catchment. To es-
timate the total sediment load, measurements and relations of the neighboring catchment
(Erlenbach) are used. There, calibrated hydrophones and a sediment retention basin al-
low the monitoring of total sediment and bed load sediment transport (Rickenmann 1997).

Spatial data used within this study are commonly available data within Switzerland.
The spatially distributed land cover data for the base scenario (“present state”) are
derived from the raster map “Arealstatistik72” (100 × 100 m) of the Geostat Database.
This map is the basis for developing hypothetical land use change scenarios for forest
damage and management. In addition, these data are expanded by information and
data of Burch (1994) and Walthert et al. (2003). Several floods between 1986 and 1990
were used to calibrate and validate the hydrological model (see the following section),
and simulate the impact on erosion induced by land cover changes. The analysis fo-
cuses here particularly on a flood event of 1986 with a peak of 4.7 m3 s–1, correspond-
ing approximately to a 8 year return period flood. The total event precipitation was
around 46 mm with a duration of 3 hours and a maximum intensity of 7.5 mm in 10 min.
The runoff coefficient for this event was around 0.45. Sediment yield was derived us-
ing observation data for the same event in the Erlenbach catchment and is estimated
to  be within the range 1 100–1 900 m3 of sediment. This range was estimated using two
different approaches, both based on the relation between erosion-effective runoff vol-
ume and sediment volume. Rickenmann (1997) defined a linear relationship between
these two parameters. The similarity of the two catchments is used for a simple trans-
fer of the sediment volume by the erosion-effective runoff volume. The second ap-
proach assumes a different regression between erosion-effective runoff volume and
sediment for the two catchments and uses an area-related transfer by the area-normal-
ized erosion rate. The above mentioned range is defined by the different sediment
volumes resulting from the two approaches.

5.2.3 The Modeling Framework

The setup of the modeling framework aims at providing a spatially explicit suite of
models on the basis of which impacts of land cover changes on the spatial and tempo-
ral distribution of runoff and erosion can be analyzed. An event-based, spatially dis-
tributed hydrological model, coupled to an event-based, spatially distributed erosion
model is developed for this purpose.
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The Hydrological Model (Fest98mod)

The hydrological model used to simulate the catchment response is based on an
early version of the FEST98RS model extensively presented in Montaldo et al. (2004;
the reader is referred to this work for further details about the hydrological model).
The model provides a convenient framework because of its event-based approach
and its spatially explicit distributed nature and land cover parameterization. The
spatially distributed nature of the model requires the availability of a digital elevation
model (DEM), and of raster based thematic maps of land cover and soil character-
istics, as well as spatially distributed precipitation input. The fundamental model
components are the surface runoff production and concentration modules. Subsur-
face flow processes are modeled by a single or multiple linear reservoirs arranged in
sequence.

Surface runoff production is determined by a modified SCS-CN method (SCS 1972)
and routed through hillslope and channel cells by the variable parameter Muskingum-
Cunge method (vMCM, Cunge 1969; Ponce and Yevjevich 1978). Both methods are
implemented on a raster basis.

The CN method uses soil and land cover information to the derive soil storage
capacity. Kuntner (2002) modified the method to allow accounting for intermittent
precipitation and optimized the CN values for Swiss catchments by extensive calibra-
tion and validation. Excess rainfall is routed by the vMCM, differentiating between
overland and channel flow by the area-threshold method. A fraction-factor approach
separates the infiltrated rainfall into deeper percolating water and subsurface flow, which
is routed to the outlet by a linear reservoir scheme. This connects the storage of the
subsurface horizons linearly to the output Q (m3 s–1) at the outlet. The linearity is de-
scribed by the storage coefficient k (s), which defines the decay of the storage S (m3)
over time Q = (1/k)S.

The vMCM is a nonlinear coefficient routing method representing an approxima-
tion of the diffusive wave. Its parameterization (essentially the wave celerity and the
hydraulic diffusivity) is variable in space and time thus accounting for effective physi-
cal hillslope and channel properties (slope, esp. slope/channel width) and for the space-
time variability of the inflow rate. Ponce (1983) and Brunner (1989) compared it against
fully unsteady flow equations, and stated a good comparison over a wide range of
conditions. To calculate overland flow, hillslope width is considered here equal to the
DEM cell size (25 m in this case). Channels are conversely assigned a geometry in the
form of a relation between depth and width, which is derived by direct survey or by
scaling relationships dependent on the drainage area. Details about the equations can
be found in Ponce and Yevjevich (1978), Ponce (1989), Ponce and Chaganti (1994),
whereas a description of their implementation in rainfall-runoff modeling is found in
Montaldo et al. (2004).

The parameters that could not be derived by direct knowledge of the basin charac-
teristics were derived from literature and adapted to the Vogelbach by calibration and
subsequent validation. The calibration of the model is thus based on Kuntner (2002)
who carried out extensive calibrations over different scales, including the catchment
considered in this study. Main task of Kuntner (2002) was the calibration of the CN-
Numbers for Switzerland and the preparation of a Swiss-wide SCS-soil type map.

5.2  ·  Modeling the Effects of Land Cover Changes on Sediment Transport in the Vogelbach Basin
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Relevant hydrological parameters for the rainfall excess were the CN-value, the Soil-
type (derived) and the initial loss. All parameters of the flow routing module were in
a first step derived from literature and maps or from previous field studies as in the
case of the depth-width relation of flow area and the roughness for channel and over-
land flow, which were estimated on the basis of Chow (1973), Chaudhry (1993) and
Engmann (1986). The storage coefficient for the subsurface routing was initially de-
rived from the recession limb of the measured hydrographs. All parameters were al-
tered in their physically meaningful range to obtain the best fit for the calibration events
of Kuntner (2002). In this paper, one event is considered for calibration of the hydro-
logical model, three further events for validation. All of the considered events were
tested against several criteria, among them the Nash-Sutcliff efficiency (with values
between 0.95 and 0.98).

The Sediment Transport and Erosion Model

The coupled erosion model determines event-based sediment transport and erosion/
deposition rates both on hillslopes and in channels assuming transport limited condi-
tions. Because of the likely very limited contribution of the suspended sediment frac-
tion due to the coarse nature of the large part of the sediments, the study focuses only
on bedload transport in the channel. In general, erosion/deposition is computed from
the sediment mass balance for each cell: dqS / dx = D, where qS represents the sediment
mass flow (kg m–1 s–1), x the flow distance (m) and D the net erosion/deposition rate
(kg m–2 s–1). Following Molnar et al. (2006) and assuming transport limited conditions,
sediment fluxes can be set equal to the sediment transport capacity Tc, that is qS≈ Tc.
Transport limited conditions give a maximum potential for sediment transport and
erosion/deposition and allow us to identify the most sensitive areas and the overall
erosion potential of the basin.

Channel (bedload) sediment transport is implemented by the Schoklitsch equation
for bedload in steep mountain streams, in which the critical flow qc (m2 s–1) is esti-
mated by an empirical relation based on channel gradient (S) and particle diameter d16
developed by Bathurst et al. (1987):

(5.3)

Here, q (m2 s–1) is the specific water discharge rate, S (–) the slope, ρ  (kg m–3) the
density of water and ρS (kg m–3) the density of bed material.

Many sediment transport equations exist for hillslope overland flow, depending on
the prevalent flow hydraulics and sediment characteristics (e.g., Julien and Simons 1985;
Prosser and Rustomji 2000). In this paper, two commonly applied formulae were se-
lected to investigate the effects of land use changes over time.

The first relation studied is based on shear stress (e.g., Foster and Meyer 1972; Mitas
and Mitasova 1998) and gives the specific volumetric discharge as:

(5.4)
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where K is the coefficient of effective transport capacity (s), τ0 the bed shear stress
(N m–2), τc the critical shear stress (N m–2), µ an exponent (–) and rhy the hydraulic
radius (m). The second relation is based on runoff, assuming laminar flow over hillslope
surfaces. Referring to Julien and Simons (1985), Prosser and Rustomji (2000) and Kilinc
(1972) the general formula is given by

(5.5)

with q the specific water discharge (m2 s–1), i the rainfall intensity (m), ρ  the density of
water (kg m–3), β , γ , δ , ε  exponents (–) and α  a transport capacity factor (–). Transport
limited condition implies τ0 >> τc. Julien and Simons (1985) discussed the characteris-
tics of overland flow and noted that overland flow can occur under turbulent and lami-
nar conditions. They stated that the relation of viscous to inertia forces in combination
with small flow depth forces the flow to be laminar up to a certain Reynolds number Re,
which is indicated by Shen and Li (1973) to be approximately Re = 2 000, after which
smooth turbulent flow starts. The assumption of laminar flow is supported by Hessel
(2002), where in field measurements on plot sizes with similar (or even steeper) slopes,
land cover and velocities, the Reynolds number seldom exceeded the critical value.

The assumption of transport limited (conditions) implies that as much material is
supplied as can be transported by the runoff. Raindrop impact – one of the most
important factors for sediment detachment – plays a minor role for the transport lim-
ited case. Raindrop impact may influence under certain circumstances the flow condi-
tions and therefore the sediment transport rate indirectly. However, in this study we
assume the raindrop impact on the soil surface to be negligible due to the predomi-
nantly large sediment size and because large part of the catchment area is forested. For
this latter reason there is no evidence of mud- or debris-flow development on the steep
slopes. In addition, the interaction of erosion and sediment transport with the vegeta-
tion coverage and the overland flow has been approached conceptually by defining a
characteristic roughness for each cover, rather than modeling with more sophisticated
techniques such as those discussed by Nepf (1999). This seems to be indeed reasonable
because of the consistency with the modeling scale which is based on a 25 × 25 m ras-
ter, which is rather coarse for the representation of small scales erosion features.

Land Cover Scenarios

Several hypothetical scenarios of land cover changes were developed on the basis of an
extensive literature review. They all originated from the actual land cover derived from
the raster maps of “Arealstatistik72”. In a comprehensive study (Kirsch and Burlando
2005) two main driving scenarios (windstorm, climate change) were developed to study
their possible effects on land cover and in turn on runoff, sediment yield, and erosion/
deposition patterns. Here, only the windstorm scenario is illustrated.

After the Vivian (1990) and Lothar (1999) wind storms, the Swiss Federal Office for
the Environment carried out several studies which analyzed the behavior and coping
strategies of ecosystems (natural vs. man influenced) after heavy windstorms, with a
focus on the re-establishment and growth of vegetation (forest in particular) after
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damaging events (e.g., Lässig and Schönberger 1997; Lässig and Motschalow 2000). On
this basis, the developed windstorm scenario was divided into two subscenarios (re-
moval vs. no removal of woody debris), of which only the latter is reported here. We
developed a hypothetical, but qualitatively plausible evolution of vegetation cover in
time and space after a damaging windstorm event, to describe the natural recovery of
the forest. The land use change scenarios were translated into spatial and temporal
changes of the model-relevant parameters, thus resulting in appropriate parameter sets
for each condition within the scenario-development states. The scenarios were not only
defined in terms of spatial and temporal changes but also in terms of different magni-
tudes of impact. Scenarios with a damage degree of 80% and 40% of the forest cover were
considered at three different states in time, i.e. (a) immediately after the event and (b) 2
and (c) 7 years later. Figure 5.11 summarizes the construction and description of the
parameter sets and their development over time – i.e. phases (a), (b), (c) – and space.

5.2.4 Results

A sensitivity analysis was carried out to illustrate the importance of input parameters and
a baseline simulation was carried out to compare forest damage scenarios (for more de-
tails see Molnar et al. 2006; Kirsch and Burlando 2005; Hinz 2004). Table 5.1 lists the pa-
rameter values for the different scenarios and approaches considered in this paper. The
investigated scenarios overall show similar impacts on runoff production, overland and
channel flow velocity and depth (see Fig. 5.12). In the damaged areas, stronger runoff
generation can be observed, associated with higher velocities due to smaller roughness.

Fig. 5.11. Conceptualization of the time-space scenario evolution and the relevant model parameters
and example of transition between phases (a) and (b) (adapted from Kirsch and Burlando 2005)
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This leads to faster flow concentration and higher peak flows as well as a faster flood
wave rise, implying a potential increase of erosion in the channel. After 2 and 7 years,
as the vegetation partially re-establishes, the basin response converges to that of the
base scenario. This behavior reflects the changes of the model parameters correspond-
ing to the land cover modifications.

Channel bedload sediment transport responds to the resulting flow scenarios
accordingly. The 80% damage scenario (illustrated by Fig. 5.13a) produces stronger
impacts on the hydrograph and sediment transport than the 20% one. Conversely, the
simulation of overland flow erosion in response to scenarios shows a different behav-
ior depending on the sediment transport formula used. Figure 5.13b shows that the
shear stress and the runoff approach produce similar sedimentographs, but instanta-
neous values and volumes differ by a scale factor of about 0.5. The shear-stress ap-
proach was calibrated by Hinz (2004), and therefore assumed to be in the right order
of magnitude. However, this suggests that a crucial point for any catchment scale quan-
titative modeling of overland sediment transport capacity is connected
with the application and choice of sediment transport formulas. Their dependence

Fig. 5.12.
Hydrograph comparison for
the base and windstorm
scenarios
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on flow velocities, depths or flow rates reflects the changes of the surface hydraulics
with a direct transfer to modeled erosion rates and transport capacities. This is
well illustrated by Fig. 5.13c and d, showing, for a damage degree of 80%, a 28%
decrease in hillslope sediment supply following the event when the shear stress based
equation is used. Lower overland flow depths are the result of the balance between
a drop in surface resistance and an increase in surface runoff following the event. On
the other hand the runoff based equation predicts an increase in hillslope sediment
supply due to the increase in surface runoff. As vegetation re-establishes in time,
the volume of overland flow returns almost to the original conditions. The transport
capacity volume still increases up to 118% because of the non-linear effect due to
γ ≠ 1 in Eq. 5.5.

5.2.5 Concluding Remarks

This study illustrates how scenarios and models may be developed and used to inves-
tigate in a spatially and temporally explicit fashion the impacts of land cover change
on runoff, sediment yield and erosion/deposition patterns at the catchment scale. A
distributed hydrological model was applied to several events with good results. The
coupled hillslope erosion model that relates the transport rate to shear stress and flow
depth, shows that especially hillslope sediment transport has to be tackled carefully.

Fig. 5.13. Comparison of model results for different modeling approaches and different scenarios
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Indeed, the choice of the sediment transport formula may significantly affect the
magnitude of the erosion/deposition in relation to its functional dependence on the
hydraulics of overland flow. In this sense, the modeler can influence the results by the
way in which the equations are chosen and the model parameters are adjusted to
reflect land cover change scenarios. Equations 5.4 and 5.5 use different hydraulic vari-
ables to determine the erosion rates. In the case of the shear stress approach, changes
in surface roughness on hillslopes in the scenarios affect flow depth, which may de-
crease despite an increase in surface runoff following forest damage. The runoff ap-
proach directly reflects the increase in surface runoff due to the land use change. Both
approaches can be used after calibration to match observed volumes in time-static
modeling, meaning modeling based on the current state of the catchment. The differ-
ences shown in the resulting sedimentographs as well as in the predicted response to
land cover changes (time-variable modeling) point out the importance of understand-
ing the driving mechanism of erosion in relation to overland flow processes. The de-
cision which of the two approaches is more appropriate depends on the laminar or
turbulent flow characteristics and on soil erodibility. It is apparent from the literature
that this question requires further experimental investigations across different scales
to clarify open issues. To address these connections additional field studies have to be
carried out in which shallow overland flow on different slopes and land cover is ob-
served and analyzed together with sediment transport. Among these, erosion studies
on natural hillslopes carried out by means of silt fences can be mentioned, as well as
plot-size studies to evaluate man-made land cover changes, to study local effects for
different slopes, soils and land cover combinations. This is necessary to overcome the
limitations of insufficient or weak calibration and validation of existing models due
to limited or lacking field data. In particular this targets conceptual models improv-
ing their predictive capabilities and acceptance.
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5.3 Transport and Fate of Dissolved and Suspended Particulate Matter
in the Middle Elbe Region during Flood Events

5.3.1 Introduction

Although flood events are natural events, they may have an impact on the condition of
a river system, i.e. when polluted deposits are involved in the process. The quality of
the transported matter is mainly affected by the origin of the flooding water as well as
the remobilization of deposits within the catchment area (e.g., groyne fields, lock-and-
weir systems, mining and industrial areas, sewage plants). Transport and fate of a con-
taminant in the water body are significantly influenced by the ratio of the concentra-
tions in the dissolved and the particulate phase. Depending on their morphology, flood-
plains act as sink for suspended matter (Engelhardt et al. 1999; Friese et al. 2000; Hanisch
et al. 2005; Costa et al. 2006).

In the Middle Elbe groyne fields are the characteristic morphological feature. The
resuspension of deposited, not yet consolidated groyne field sediments can lead to the
first SPM (suspended particulate matter) peak in the course of a flood, a long time
before the flood crest has arrived (Spott and Guhr 1996; Baborowski et al. 2004). All
further peaks are the result of matter flow and inputs further upstream of the location,
e.g., tributary inflows. Therefore the remobilization processes in groyne fields upstream
of a sampling location play the most important role for the right starting time of a
flood sampling campaign (Baborowski et al. 2005).

The assessment of sediment dynamic and pollutant mobility in rivers requires the
integration of various experimental and modeling techniques (Förstner et al. 2000;
Förstner 2004). They have to include aspects of erosion (Gust and Müller 1997; McNeal
et al. 1996; Haag et al. 2001), transport (Brunk et al. 1997) and deposition (Asselmann
and Middelkoop 1995; Kronvang et al. 2002; Krüger et al. 2006). In the paper results
of investigations on transport and deposition in the middle part of the river Elbe are
presented.

5.3.2 Aim

Former flood investigations along the Elbe River are not consistent with respect to
sampling locations, begin of sampling, sampling times and methods. Furthermore they
often do not consider the travel time of matter transport within the river (Baborowski
et al. 2005). To overcome these deficits, investigations were performed considering both,
local specific erosion values of the discharge as well as the travel time of the flood wave
along a river stretch. The results provide a basis for a better understanding of the flood
dependent transport processes in the Middle Elbe.

To assess the risk potential of the polluted river SPM for the floodplains, a well
described floodplain (Büttner et al. 2006) was chosen to show exemplarily the poten-
tial sink function of floodplains for SPM transported with the flood wave.
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5.3.3 Study Site

The investigations were carried out in the middle part of the river Elbe at river km 318,
left bank near Magdeburg, and at river km 454, left bank in Wittenberge (German mile-
age). The considered stretch covers 136 km of the total length of the German part of
the Elbe, which altogether amounts to 730 km.

There are approximately 1 950 typical groynes located between the two sampling
sites. Along the whole course of the river Elbe in Germany there are approximately
6 900 groyne fields. The geographical position of the sampling sites is shown in Fig. 5.14.

The Sampling Site Magdeburg is part of the monitoring program of the International
Commission for the Protection of the Elbe (IKSE/MKOL). The water quality at this site
depends on inputs of stretches of the upper Elbe (Czech part, Dresden industrial region) as
well as inputs from the polluted tributaries Mulde and Saale. Their confluences are 59 km
and 27 km upstream of the location respectively. Therefore under normal discharge condi-
tions the water quality at this point represents the pollution situation of the Middle Elbe.

Between sampling site Magdeburg and the Sampling Site Wittenberge no further
significant pollution input occurs. The total retention area between both sites is around
19 700 ha (IKSE/MKOL 2001). The Floodplain Schönberg (upstream of Wittenberge)
covers an area of ~200 ha.

Fig. 5.14. Catchment area of the river Elbe with position of the sampling sites
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5.3.4 Methodology

Investigations of two different flood waves were performed during a spring flood in
February and March 2005, to get a better understanding of the main pollution poten-
tials and pollution pathways in the Middle Elbe catchment area.

Sampling Strategy

Daily water samples were taken at the sampling sites in Magdeburg and Wittenberge
considering local specific discharge threshold values as starting point for the measure-
ment campaign.

For the sampling site Magdeburg at river km 318 the discharge threshold is about
800 m3 s–1 (Baborowski et al. 2004; Spott and Guhr 1996). For Wittenberge a threshold
value of 1 080 m3 s–1 was chosen. At this critical value the Elbe water begins to flow into
the floodplain.

The investigations were supplemented by monitoring deposited matter in the flood-
plain Schönberg using artificial lawns as sediment traps (Friese et al. 2000; Krüger et al.
2006). The artificial lawns aim at the simulation of the natural soil coverage (pasture
or mown grassland). With respect to the natural topography, the traps were arranged
at sampling points which cover a typical spectrum of morphological units in riparian
areas like bayou of flood channel, not drained depression and plateau positions.

Main Parameter Water Samples

Dry weight of SPM was measured according to German Industrial Standards (DIN
38409 part H2, filtration onto Whatman GF/F glass fiber filter). The particle size distri-
bution of SPM was counted in the range of 2 to 200 µm using an optical instrument,
based on single particle evaluation (Baborowski 2002).

Heavy metals and arsenic (As) were analyzed in filtered (<0.45 µm) and unfiltered
samples. The filtered samples were acidified with HNO3, the unfiltered digested with
HNO3/H2O2 in a microwave equipment.

Aluminum (Al), iron (Fe), manganese (Mn) and zinc (Zn) were determined by optical
emission spectrometry with inductively coupled plasma (ICP-OES), while arsenic,
cadmium (Cd), chromium (Cr), copper (Cu), lead (Pb), nickel (Ni), uranium (U) and
zinc (Zn) were measured using mass spectrometry also with inductively coupled plasma
(ICP-MS).

Floodplain Sediments

To estimate the sediment deposition during the flood artificial lawns which act as sedi-
ment traps were arranged at 7 positions (5 replicates) on the floodplain.

After drying, the collected sediments were analyzed by means of energy dispersive
X-ray fluorescence (EDXRF) with regard to their contents of heavy metals and arsenic.

Total organic carbon of the sediments was analyzed in triplicate with a C(H)NS
analyzer (Elementar vario EL) after drying at 105 °C and grinding of the samples.
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Load Calculation

The deposition (D) between Magdeburg and Wittenberge (taking into account a con-
stant travel time of 2 days) was calculated as:

(5.6)

with
� FM(ti) = QM(ti)CM(ti) and FW(ti) = QW(ti)CW(ti)
� FM, FW: contaminant load at Magdeburg and Wittenberge, respectively
� QM, QW: discharge at Magdeburg and Wittenberge, respectively
� CM, CW: contaminant concentration at Magdeburg and Wittenberge, respectively
� ti: i

th date

5.3.5 Results and Discussion

The particle size distribution of the transported SPM exemplarily is given in Fig. 5.15
for the Magdeburg sampling site. In agreement with the results of prior studies
(Baborowski et al. 2004; Baborowski 2002) changes of the particle number concentra-
tions in the range between 2 and 20 µm dominated during both flood waves.
Particles < 20 µm constitute the largest portion of the total particle number (Fig. 5.16).
This fraction is especially important for the transport of pollutants which tend to sorp-
tion. Their portion of mass of the SPM is small.

From Fig. 5.15 the remobilization of sediments at the early stage of the flood can be
seen. Thereby the peaks of particle number concentrations of both grain size fractions
as well as the concentration of SPM occurred at the same time (Fig. 5.16). While the
concentrations of SPM and of the particle fraction > 20 µm decreased continuously
after the maximum is reached, the particle concentrations < 20 µm remained elevated
for longer, especially during the second wave. This indicates the supply of fine grained
sediments from the tributaries Mulde and Saale. Owing to the storage capacities in its
lower reach (Mulde reservoir, Saale lock-and-weir systems), a shift towards fines rather
than coarse particles has been demonstrated in prior investigations (Baborowski et al.
2004). Hence, the flood dependent matter transport in the middle part of the river Elbe

Fig. 5.15.
Particle size distribution of the
SPM at river km 318
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seems to be rather limited by transport capacity of the groyne field sediments than by
supply of sediments from the tributaries Mulde and Saale.

The travel time of the Elbe River between Magdeburg and Wittenberge was about
2 days. Therefore, if flow data of river km 318 are compared with flow data of river
km 454, the corresponding time series are shifted by two days to account for the time
the water takes to flow along this river stretch. Consequently the data on the x-axis are
normalized by means of the time since the threshold has been exceeded for the first time.

As expected the highest SPM concentrations at both sampling sites were measured
directly after passing the discharge threshold due to remobilization of groyne field
sediments (Fig. 5.17).

This result is important for transport modeling. To determine initial conditions as
well as boundary conditions in numerical pollution transport modeling, suspended
sediment concentrations are required. However, if the number of available data is in-
sufficient, it is necessary for reliable model calculations to provide the typical graph of
SPM concentration based on the sparse data available. Therefore, local knowledge of
the typical course of SPM during a flood event is essential. E.g. it has to be taken into
account during all steps of model processing that the SPM maximum occurs prior to
the maximum discharge (Lawler et al. 2006). Uncertainties in forecasting flood extend
and depositions are often caused by uncertainties in boundary conditions rather than
uncertainties in model parameters (Lane 1998).

Moreover the results, shown in Fig. 5.17, indicate decreasing SPM values along the
river stretch between river km 318 and 454. Corresponding to the SPM, the concentra-
tions of heavy metals and As decreased as well (Fig. 5.18).

Fig. 5.16.
Particle number concentration
(N) and dry substance (DS) of
the SPM

Fig. 5.17.
Discharge (Q) and dry sub-
stance (DS) of SPM at river
km 318 and river km 454
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Graphs of concentrations during the first and the second wave show a different course.
To give an example, the comparison of both waves is presented for the sampling site
Magdeburg in Fig. 5.19. The maximum concentrations of Cu and As do not show the
same values in both waves and also occur at different times after passing the discharge
threshold, indicating the influence of different sources of pollution.

The ore and companion elements Cu and As are typical pollutants originating from
former mining activities in the catchment areas of the Elbe tributaries Mulde and Saale.
Despite of a significant decrease of pollution in the river Elbe over the last fifteen years,
contaminations with heavy metals, e.g., in sediments, are still present in the river basin
(Heise et al. 2005). During flood the pollutants of these secondary deposits are remo-
bilized by erosion and hence, appear in the water body. Due to regional geographic
peculiarities in the Middle Elbe as well as results of prior studies, the element As can
be considered as indicator for pollution inputs of the river Mulde, whereas Cu acts as
indicator for inputs of the river Saale (former copper shale mining). Therefore, to-
gether with the evaluation of the discharge development in the Elbe and its tributaries
(data not shown) during the flood, the dominating influence of the Saale on the first
wave and of the Mulde on the second wave is reflected in Fig. 5.19.

Fig. 5.18. Graph of Cu (left) and As (right) at river km 318 and river km 454

Fig. 5.19. Comparison of both waves for Cu (left) and As (right) at river km 318
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An overview of the longitudinal matter transport is given in Fig. 5.20. It shows that
over the entire flood event, pollutants are retained in the river reach under consideration.

The trace metal loads decreased by up to 50% between the two sampling sites.
Thereby, the decrease of element loads varied significantly between the pollutants. It
was highest for clay reference compounds (Al, Fe, Mn). The trapping of the clay frac-
tion by sedimentation is evident and much larger than observed for the other, also
mainly in particulate form transported elements Cr, Pb and Zn (Fig. 5.21). On this
occasion a grain-size effect seems to be the reason for the different settling behavior
of the pollutants. In contrast, the distribution between dissolved and particulate phase
is more decisive for the observed different transport behavior of the elements Ni, Cu,
As and U. Especially Ni, As and U were mainly transported in the dissolved fraction
(55 to 80%, Fig. 5.21), responsible for the transport to the sea.

Moreover, the decrease of element loads for Al, Fe, Mn and Zn was higher during the
first wave than observed for the second wave (Fig. 5.20). This can be interpreted as
indication that these elements are originate to a larger extent from the groyne fields
and exhibit, in contrast to the other elements, a hysteresis behavior. Cyclically decreas-
ing SPM and element concentrations in the case of Elbe flood waves following each
other in quick succession have been described in detail by Spott and Guhr (1996).
However, this result together with the findings discussed for Fig. 5.16 underlines the
hypothesis that the transport in the Middle Elbe is rather limited by transport capacity
than by supply of sediments.

In summary, the reduction of loads can be explained by high retention due to sedi-
mentation in floodplains, old arms and slack water zones. For example, the SPM reten-
tion between river km 318 and km 454 was calculated to be about 19 000 t for the first

Fig. 5.20.
Decrease of total element load
between river km 318 and
river km 454

Fig. 5.21.
Percentage of transport in
dissolved phase
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flood wave. This is about 25% of the total SPM load passing km 318. Balancing these
findings with the total floodplain area of 19 700 ha (MKOL/IKSE 2001), a deposition of
nearly 1 t ha–1 can be estimated for the first flood wave.

The calculations of the deposition in the sediment traps of the floodplain Schönberg
underline these findings (Table 5.2).

The average SPM deposition was 0.98 t ha–1 for the first wave and 2.02 t ha–1 for the
second wave. The overall retention between km 318 and km 454, basing on the sedi-
ment trap investigations of both waves for the whole period of floodplain inundation
can be estimated for Zn: 68 t, Pb: 13 t, Ni: 3 t, Cu: 7 t, As: 3.3 t and U: 0.15 t.

This demonstrates a potentially risk for the land use resulting from the function of
floodplains as a sink for polluted SPM transported to the sea. Nevertheless, the deter-
mined deposition rates and contamination loads indicate that single floods in the area
of the Lower Middle Elbe can hardly influence the quality of the soils in the central
floodplain whose pollutant loads are the result of a pollutant input for decades and
centuries. On the one hand, still today the contamination of the recent flood sediments
corresponds to a large extent to the quality of the topsoils (Krüger et al. 2005). On the
other hand, 0.09–4.0 t ha–1 sediment input (Table 5.2) with an assumed bulk density
of 1 g cm–3 (after Krüger et al. 2005) solely amounts to a maximum of 0.6% of the
0–10 cm soil depth interval that is used as standardized soil sampling. This is not suf-
ficient to alter the pollution state of this soil depth interval significantly.
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5.3.6 Conclusions

Discharge related investigations allow a better understanding of the flood dependent
matter transport. In view of both, local specific erosion thresholds as starting times for
the measurement at a sampling site as well as the travel time along the regarded river
stretch, different pollution pathways in the river system can be detected. Furthermore
a more detailed description of the floodplains sink function for sediments and pollut-
ants becomes possible, if instream and floodplain investigations are combined.
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5.4 Modeling P-Fluxes from Diffuse and Point Sources in Heterogeneous
Macroscale River Basins Using MEPhos

5.4.1 Introduction

As the inventory of the EU-water framework directive (EU-WFD) revealed in 2004,
high nutrient inputs are a major concern for most inland and coastal waters in Ger-
many. Consequently the “good status” in water quality will not be achieved for a high
percentage of water bodies. To improve water quality until 2015 the EU-WFD de-
mands the drawing-up of detailed river basin management plans and programmes of
measures until 2009. This provokes a demand for suitable instruments and models
resp. to be applied for the area- and pathway-differentiated quantification of nutrient
inputs. Model applications should aim at the localization of critical source areas within
river basins as a basis for proposing measures of emission control which are adapted
to site properties.



207

In the following the new empirical emission model MEPhos is presented, which
enables a systemic quantification of P-loads in large heterogeneous river basins (Tetzlaff
2006). MEPhos differentiates between diffuse and point sources as well as between
eight pathways.

The model is applied for the macroscale basins of the river Ems (12 900 km2) and
parts of the river Rhine (12 200 km2). The river Ems basin is to be found in the north-
western German lowlands and is dominated by sandy and boggy soils under intensive
agricultural use. The investigation area Rhine is characterized by upland conditions
with forest and grassland use. Furthermore the catchment comprises of sub-regions
with high industrial and population densities (partly up to 2 900 citizens per km2).

5.4.2 MEPhos Model Description

The new model MEPhos consists of following features (Tetzlaff 2006, Fig. 5.22):

� Area-differentiated modeling approach for the quantification of mean annual
P-inputs from point and diffuse sources to surface waters

� Differentiation between the eight pathways artificial drainage, groundwater-borne
runoff, erosion, wash-off, rainwater sewers, combined sewer overflows, municipal
waste water treatment plants, industrial effluents

� Consideration of P-retention in running and standing waters

The area-differentiated modeling approach to quantify diffuse P-inputs via artifi-
cial drainage, groundwater-borne runoff, erosion and wash-off is based on phosphotopes
(Fig. 5.22). Phosphotopes are regarded as homogeneous types of sub-areas represent-
ing discontinuous source areas for diffuse phosphate inputs. Analogous to hydrotopes,

Fig. 5.22. Overview of the MEPhos model

5.4  ·  Modeling P-Fluxes from Diffuse and Point Sources in Heterogeneous Macroscale River Basins
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phosphotopes include a set of different parameters, which control P-emissions. These
parameters like soil types, land use and hydraulic connectivity to surface waters can be
quantified for macroscale investigation areas by already available data sets from fed-
eral and state authorities as well as by results from hydrologic and agro-economic
models. Phosphotopes are processed in GIS by classification and intersection of data
sets. Details are given in Tetzlaff et al. (2007).

After modeling mean annual P-inputs via all eight pathways the emissions are
summed up for river sub-basins related to water quality gauges (Fig. 5.22). Then the
mean annual load of an upstream sub-basin is added and the P-retention subtracted
(Eq. 5.7). This enables a validation of modeled P-loads by comparison with mean annual
P-loads estimated from measured water quality and discharge data.

(5.7)

FEZG = estimated load for river sub-basin, FDr = P-inputs via artificial drainage,
FGw = P-inputs via groundwater-borne runoff, FAbschw = P-inputs via wash-off, FEros = P-
inputs via erosion, FTk = P-inputs via rainwater sewers, FKA = P-inputs from municipal
waste water treatment plants, FID = P-inputs from industrial effluents, FMw = P-inputs
via combined sewer overflows, FOL = P-load of an upstream river sub-basin, RF = P-
retention in running waters, RS = P-retention in standing waters.

The retention of P due to settling and biogeochemical transformation within
surface waters is modeled separately for running and standing waters. Behrendt and
Opitz (2000) have developed an approach to describe the retention in rivers inte-
gratively, which is applied in the MEPhos model (Eq. 5.8). The coefficients a and b
account for the influence of the catchment size and were quantified by Behrendt and
Opitz (2000).

(5.8)

F = modeled load for running waters (t a–1), RF = factor to describe P-retention in run-
ning waters (–), E = sum of modeled P-emissions (t a–1), q = discharge per unit area
(l s–1 km–2), a, b = coefficients (–).

Equation 5.8 cannot record the increased P-retention occurring e.g. in reservoirs
due to reduced flow velocity, increased travel time as well as higher sedimentation rate
(Alexander et al. 2002; Kirchner and Dillon 1975). As a consequence, the particulate P-
load transported as suspended matter decreases. According to Molot and Dillon (1993)
P-retention in reservoirs and enbarraged lakes can be calculated as follows (Eq. 5.9):

(5.9)

RS = P-retention in reservoirs, kr = retention coefficient (“settling velocity”) (m a–1), q–1

= reciprocal areal hydraulic load of reservoirs (a m–1).
The following section focuses on modeling P-inputs to surface waters via erosion

and presents an example of MEPhos results for erosion-related inputs.
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5.4.3 Modeling Sediment and P-Inputs to Surface Waters Via Erosion

P-inputs to surface waters via erosion are controlled by soil loss from arable land within
river basins, sediment delivery ratio, P-content in the top soil as well as by P-enrich-
ment during the erosion process (Frede and Dabbert 1999; Auerswald 1989). Therefore
diffuse P-inputs to surface waters via erosion are modeled after Eq. 5.10, based on the
universal soil loss equation adapted to German conditions (Schwertmann et al. 1990):

(5.10)

E = mean annual P-inputs via erosion (kg ha–1 a–1); R = rain erosivity factor (N ha–1 a–1);
K = soil erodibility factor (t h ha–1 N); LS = combined slope length and steepness fac-
tor (–); C = crop and management factor (–); S = sediment delivery ratio (%/100);
PG = content of total-P in the top soil (mg kg–1); ER = enrichment ratio (–).

Because of the high sensitivity of the factors L and S (Auerswald 1989) they are not
quantified by standard literature values, but calculated as LS-factor using algorithms
of Moore and Wilson (1992). The slope shape is another important relief feature, be-
cause it controls the concentration of surface runoff (Auerswald et al. 1988). For mod-
eling erosion with MEPhos the slope shape is taken into account by correction factors
after Prasuhn and Grünig (2001) for the modification of the LS-factor.

With regard to proposals for efficient eutrophication reduction measures (Sect. 5.4.5),
modeling of diffuse P-inputs by MEPhos has to be performed on the basis of phosphotopes,
i.e. area-differentiated. Phosphotopes for modeling erosion inputs represent source areas
for release of sediment and particulate-P and are made up by erodible arable land which
is hydraulically connected to the network of rivers and flow paths. Morphological flow
paths are modeled using a highly-resolved digital terrain model and the algorithm
D Infinity (D∞) (Tarboton 1997). The parameters needed for the application of D∞ are
calibrated with flow paths mapped in a test area in order to guarantee a representative and
reliable simulation of flow paths. After selecting those flow paths, which are connected to
the river network, the remaining paths are buffered with stripes of 2 × 30 m width accord-
ing to findings of Sommer and Murschel (1999) and Fried et al. (2000) resp. Only those
sub-areas contained in the 60 m strips are regarded as hydraulically connected. Then
phosphotopes for modeling P-entries via erosion are derived by intersecting the data sets
of erodible arable land with the buffered network of flow paths and rivers. Depending on
their erosion potential five different phosphotopes are distinguished. By performing this
process of disaggregating the eroding and hydraulically connected arable land, sediment
deliveries to surface waters are also determined. MEPhos sediment deliveries vary be-
tween 3 and 29% with a mean of 11%. Werner et al. (1991) estimated the mean sediment
delivery of former Western Germany at 8%.

According to Eq. 5.10 the level of particulate P-inputs results not only from the
sediment delivered to surface waters, but also from the P-content of the top soil and
the enrichment ratio. The calculation of the total-P content in the top soil is based on
P-surpluses and clay content following Behrendt et al. (1999). P-surplus is modeled on
a county level employing the agro-economic model RAUMIS developed and run by the
German Federal Agricultural Research Centre (IAP and FAL 1996), the clay content is
given by soil maps on a scale of 1:50 000 (Fig. 5.22).

5.4  ·  Modeling P-Fluxes from Diffuse and Point Sources in Heterogeneous Macroscale River Basins
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For considering the selective effect of erosion induced by water an enrichment ratio
has to be determined. For this a method is employed in the MEPhos model requiring
measured water quality, above all about the P-content of suspended matter (Behrendt
et al. 1999). According to Eq. 5.11 the enrichment ratio for river sub-basins is given by:

(5.11)

ER = enrichment ratio (–), PS = P-content of suspended matter given at discharges above
a “critical” level (mg kg–1), POA = P-content in the top soil of sediment delivering arable
land (mg kg–1).

Then the mean annual P-entry (1995–1999) via erosion is modeled using Eq. 5.10.
An example of the erosion modeling results is shown for eastern parts of the river
Rhine basin in Fig. 5.23.

A check for validity of MEPhos modeling results can be performed by a comparison
with mean annual P-loads estimated from measured data on both water quality and
discharge. However, this requires quantification of the total sum of diffuse and point
P-inputs via all eight pathways (see following chapter). A validation of modeling re-
sults for one single pathway is not feasible.

5.4.4 Total P-Inputs from Diffuse and Point Sources and Validation
of Model Results

Diffuse P-inputs via the pathways artificial drainage, groundwater-borne runoff and
wash-off are also modeled with MEPhos and are added to the erosion-related P-inputs.
As shown in Fig. 5.23, mean annual P-inputs vary between <0.1 and >15 kg P ha–1 a–1

in both investigation areas. The river Ems basin is characterized by larger and coher-
ent source areas. P-inputs between 0.5 and 3 kg P ha–1 a–1 are typical for the northern
part and can be traced back to phosphotopes of the category “deep-ploughed culti-
vated raised bog soils under agricultural use” emitting P via artificial drainage. This
pathway accounts also for the highest diffuse P-emissions of more than 10 kg P ha–1 a–1,
which result from raised bog soils under grassland use.

In the sub-basins of the river Rhine low P-inputs of <0.1 kg P ha–1 a–1 dominate,
which result from geogenic background, represented by phosphotopes of the ground-
water pathway. Medium and high P-inputs appear as small spots and are a consequence
of erosion on arable land (Sect. 5.4.3, Fig. 5.23). P-inputs via erosion vary between less
than 0.1 and more than 15 kg ha–1 a–1. Erosion-related P-inputs are characterized by a
small spatial extent of sediment delivery areas with highly differing input levels
(Fig. 5.23, enlarged section). The small spatial extent of the phosphotopes results from
the disaggregation of erodible arable land, its intersection with buffered flow paths
and the application of highly-resolved data sets, above all the digital terrain model
with a resolution of 10 × 10 m2. High erosion-related P-inputs are to be found mainly
in sub-regions with steep slopes and widespread arable land use (Fig. 5.23). For the
Ems and Rhine investigation areas mean annual P-inputs of 2.94 kg km–2 a–1 and
14.8 kg km–2 a–1 resp. are modeled. The difference reflects the contrasting natural and
land use conditions between the two areas (Sect. 5.4.1).
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After modeling mean annual P-inputs via all other pathways diffuse and point source
emissions can be summed up. This leads to mean annual total loads for the period
1995–1999, which amount to 1 666 t a–1 in the river Ems basin and to 1 574 t a–1 for the
river Rhine sub-basin. Figures 5.24 and 5.25 show the relevance of all eight pathways
for the mean P-input.

In the entire river Ems basin diffuse P-emissions account for 87% of all P-inputs to
surface waters. It can be stated for nearly all of the 56 sub-basins that diffuse inputs
dominate and that the pathway artificial drainage is of highest importance in this low-
land river basin. The percentage of inputs via artificial drainage differs between 16
and 89% in total, it is above 50% in most cases (Fig. 5.24). The highest loads from non-
point sources are modeled for the lower reaches of the river Ems and its tributaries,
which corresponds with the decreasing population density and the increasing inten-
sity of agricultural activities from south to north. Due to the origin of these high loads
from artificially drained agricultural land, i.e. as mainly soluble reactive and therefore
highly algae-available P, the agricultural activities on raised bog soils result in a tre-

Fig. 5.23.
Mean annual P-inputs
(1995–1999) from diffuse
sources in the investigation
areas Ems and Rhine (en-
larged: spatial patterns of
erosion induced P-inputs in
eastern parts of the river
Rhine sub-basin)
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mendous local and regional eutrophication potential within surface waters. Further-
more the P-retention during fluvial transport is relatively low because of the short
distance between the source areas and the mouth of the river Ems. As a consequence,
also the wadden sea receives a high phosphate input from diffuse sources.

While the mean total P-inputs (1995–1999) in the investigation area Rhine equal
those in the Ems area, the mean relation between diffuse and point source inputs of
32:68 differs significantly. The main reasons are the high densities of population and
industry, above all at the river Rhine and along the lower reaches of the river Ruhr.

Fig. 5.24. Mean annual P-inputs (1995–1999) of sub-basins and relevance of pathways for the river
Ems basin
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High emissions via combined sewer overflows play an important role, too. When the
MEPhos modeling results are examined for river sub-basins, areas where diffuse emis-
sions are a major concern are revealed also for the investigation area Rhine (Fig. 5.25).
They are located in the upper reaches of the rivers Erft and Ruhr, i.e. in the south-west
and east of the investigation area. As a result of arable land use on steeper slopes, partly
on loess soils, soil erosion is responsible for these increased diffuse P-loads.

The validity of the MEPhos modeling results is tested by a comparison with mean
annual P-loads estimated from measurements of daily discharge and monthly total-P-
concentration during the time period 1995–1999. When selecting the gauging stations
attention was paid to achieve a great variability with respect to basin size, natural
conditions and population density. Furthermore the extent of gaps in the time series
of the measured data should be as small as possible. These requirements are fulfilled
for 32 resp. 24 gauge-related sub-basins with sizes between approximately 50 and

Fig. 5.25. Mean annual P-inputs (1995–1999) of sub-basins and relevance of pathways for the river
Rhine sub-basin

5.4  ·  Modeling P-Fluxes from Diffuse and Point Sources in Heterogeneous Macroscale River Basins



214 Chapter 5  ·  Catchment Modeling

500 km2 in the investigation areas Ems and Rhine. Mean annual P-loads for the period
1995–1999 are estimated following the OSPAR method (OSPAR Commission 1998). The
general validation process is explained in Sect. 5.4.2 and Fig. 5.22. The validation re-
sults are displayed in Fig. 5.26.

The mean annual P-loads differ between ca. 0.1 kg ha–1 a–1 and ca. 11 kg ha–1 a–1

(Fig. 5.26). In its entirety the diagram shows a good correlation between gauging data
and modeling results. The mean deviation amounts to 7.3%, the coefficient of deter-
mination reaches 89%. For 8 sub-basins the deviation is below 10%, for 20 of 56 sub-
basins below 20%. Errors in this order of magnitude are within the usual variation
range of empirical models. Although the most recent data sets with the highest spatial
resolution and information content were used in this project, unavoidable measuring
and interpolation errors are undoubtedly involved. Systematic errors causing the de-
viations could not be identified. Because of the restricted data availability in the field
of urban drainage and sanitation, the model routines for the quantification of mean
annual P-inputs via rainwater sewers and combined sewer overflows have to get by on
a limited number of parameters. With respect to these restrictions the model results
can be regarded as valid.

5.4.5 Conclusions and Management Options for Tackling Eutrophication

The MEPhos model in its existing form is suitable for the quantification of mean an-
nual P-loads from diffuse and point sources in large river basins. Based on valid model
results management options for the reduction of eutrophication can be proposed. When
aiming at reasonable cost-effectiveness-relations the focus of reduction measures has
to be on “hot spots”, i.e. critical source areas with small spatial extent and high emis-
sion. In the river Ems basin the phosphotope “drained raised bog soils under grassland
use” takes up less than 4% of the basin area and emits about 30% of all diffuse P-inputs.

Fig. 5.26. Validation results of modeled mean annual P-inputs (1995–1999)
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Land use changes with respect to nature conservation could be one possibility to lower
P-emissions. In the river Rhine sub-basin P-inputs via erosion make up ca. 35% of all
diffuse inputs, originating from about 19% of the basin area. Erosion protection mea-
sures both on sediment delivering land and along water courses (on-site and off-site)
are regarded as suitable management options. But due to the fact that in the river Ruhr
basin a series of reservoirs act as sediment sink and due to the dominance of point
sources, tackling diffuse sources in the river Rhine sub-basin has only little effect on
the general water quality situation. A far larger improvement would be achieved by
taking technical measures for small and medium sewage treatment plants, e.g., P-elimi-
nation techniques, and by extension of measures against combined sewer overflows.
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Chapter 6

This chapter addresses sediment-water interactions and comprises five sections, with
the papers investigating a variety of chemical, physical and biological processes that
influence the behavior of sediments in natural waters. The approaches used range from
small-scale laboratory studies that attempt to simulate natural conditions, to in-stream
manipulation of sediments, to seasonal studies of in-stream sediments collected in a
variety of environmental conditions. The goal of this type of work, as indicated in most
of the sections, is to improve our knowledge of the processes regulating sediment-wa-
ter interactions so as to allow the most suitable approach to managing the aquatic en-
vironment, whether it be for maintaining benthic habitats or decision-making regard-
ing the removal of contaminated sediments.

The initial chapter addresses issues and methods for source identification of or-
ganic matter in riverine suspended sediments as it has been shown to have a signifi-
cant influence on the morphology and the transport behavior of flocculated fine sedi-
ments. The values of both C:N ratios and stable isotopes of C and N allow seasonal
differentiation of suspended organic matter in a northern, temperate productive stream.
While this paper deals with the particulate organic matter moving as aggregated or
flocculated sediments in a natural stream system, Sect. 6.2 presents a laboratory study
investigating the role of various factors which regulate fine sediment aggregation and
stability. Ionic concentration is the dominant factor associated with aggregation in this
experimental system. Increased levels of heavy metal adsorption onto natural riverine
sediment, as opposed to kaolin clay, suggests a concern regarding the storage of heavily
polluted natural sediments in environments which promote aggregation and therefore
sedimentation. Section 6.3 evaluates the influence of variable, natural aquatic levels of
dissolved organic matter (DOM), which is also a factor that can influence sediment-
water interactions, on the sorption and desorption kinetics of select organic contami-
nants. This work was undertaken in order to better inform knowledge of issues related
to contaminant remobilization from polluted sediments. While the experimental range
of DOM was not found to be significant, the hydrodynamic conditions and contami-
nant contact time were found to influence desorption. Section 6.4 combines meso-scale
field and laboratory experiments to address resuspension and transport behavior of
channel-stored riverine sediment. The results of the field experiment confirm the natural
heterogeneity of riverine surficial fine sediments associated with the ‘fluffy layer’ on
the channel bed that is not well represented in laboratory experiments. This suggests
that sediment-water laboratory experiments can underestimate pollutant mobility in
natural systems. Section 6.5 presents results of an experiment using a benthic cham-

Sediment-Water Interactions

Ellen L. Petticrew
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ber to assess metal mobility associated with different levels of critical shear stress, which
modifies both the resuspended loads and the physical form (aggregated versus dis-
persed) of the sediments. The implication of eroding sediments to the depth of the
anoxic layer was evaluated. It is clear from this approach to investigating the interac-
tion of physical and chemical aspects of sediment and water that using sediments
retrieved from natural environments is much more appropriate, but also more prob-
lematic due to natural variability of a number of factors including sediment mineral-
ogy. Relatively recent recognition of the importance of managing sediments in aquatic
systems suggests that continued research on sediment-water interactions is necessary
over a range of scales and in a variety of natural and controlled laboratory conditions.
The following five papers reflect the type of work that should help address some cur-
rent management issues.

Ellen L. Petticrew  ·  Jennifer L. McConnachie

6.1 Identifying Variable Organic Matter Sources
in Riverine Suspended Sediments

6.1.1 Introduction

The settling and storage of fine-grained sediments in the interstices of fluvial gravel
beds can have significant implications on both sediment conveyance in catchments
and aquatic habitat quality. Given that suspended fine-grained sediment (<63 µm)
moves not only as individual particles, but also as particle aggregates or flocs, there has
been a relatively recent research emphasis on characterizing these structures and the
conditions which enhance their growth and settling in freshwater aquatic environments
(Kranck et al. 1993; Droppo and Ongley 1994; Petticrew 1996; Liss et al. 1996; de Boer
1997; Phillips and Walling 1999).

Flocs are comprised of both organic and inorganic material, bound together by a
combination of physical, chemical, and biological forces (Droppo et al. 1997). The rate
of flocculation depends on site-specific variables such as ionic and suspended sedi-
ment concentration, shear stress, pH, and organic source and supply (Droppo and Ongley
1994). This is evident in the comparison between marine and freshwater systems. Flocs
are prolific in marine environments, where high concentrations have afforded them
being termed “marine snow” (Alldredge and Silver 1988). Conversely, riverine floccu-
lation is less apparent visually, and hydrologic conditions were preliminarily thought
to be too energetic to facilitate floc-building. Flocculation is now a well-documented
phenomenon in freshwater lotic systems (e.g., Droppo and Ongley 1994; Petticrew 1996;
Phillips and Walling 1999), although the resulting particles are typically an order of
magnitude smaller than their marine counterparts (e.g., 102 to 103 µm diameter).

The main operational difference between these riverine and marine systems is ionic
concentration. Flocculation in saline environments has been attributed mainly to the
high electrolyte concentration (Alldredge and Silver 1988; van Leussen 1999), while
freshwater systems are characterized by much lower salinity (> 103 µS cm–1 for marine
at 25 °C versus <<103 µS cm–1 for freshwater; Kalff 2002). Van Leussen (1999) states that
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the role of salt flocculation is currently in question, and that organic binding agents
may play an important function in the process for both environments. Droppo (2001)
states that the significant biological component controlling flocculation, including both
formation and destruction processes, is speculated to be organic microstructures re-
ferred to as extracellular polymeric substances (EPS). EPS appear to assist in regulat-
ing the shape and size, as well as internal complexity, of flocs by acting as bridges between
inorganic particles and other components that make up floc structure. All of these
morphometric characteristics inevitably influence floc density and settling velocity,
which determine the nature of suspended sediment transport. EPS are typically thought
of as microbial structures actively developed by microbes for several key functions.
The relationship between organic matter supply and EPS is not completely understood,
but the use of these structures for bacterial attachment to particles is evident (e.g., Liss
et al. 1996; Droppo 2001). Dissolved and particulate organic matter must then, at the
very least, have an indirect role in EPS formation as nutrients for bacterial growth and
cellular activity. Both the quantity and quality of organic matter should influence the
production of EPS. High quality organic matter here implies that it is readily bioavailable
in that it is easily processed by microbes and metabolized efficiently. The ratio of car-
bon to nitrogen in organic matter has been used as means of characterizing seston
quality (Bouillion et al. 2000) with lower ratios reflecting better quality, as nitrogenous
products, desired by bacteria, increase. At most, organic matter could produce EPS-
type molecules during decomposition that assist in particle binding in the water col-
umn. Either way, it appears that organic matter source and quality may be crucial in
regulating the development of freshwater flocs. Temporal variability in floc morphol-
ogy may therefore be due to changes in the sources of inorganic and organic material.
Investigation of this idea requires accurate definition of organic sources and an esti-
mate of their residence time in the aquatic system.

The use of stable isotope analysis to differentiate organic source material has in-
creased dramatically in recent years (Griffiths 1998; Phillips and Gregg 2001). Stable
isotopic tracers have been used to monitor flows of organic matter (i.e., trace trophic
relations) in marine (Peterson et al. 1985; Cifuentes et al. 1988; Fry 1988; Hedges et al.
1988) and freshwater systems (Bunn et al. 1989; France 1995). Others (e.g., Kline et al.
1990; Bilby et al. 1996; Ben-David et al. 1998; McConnachie and Petticrew 2006) have
utilized this technique to characterize the introduction of marine nutrients into fresh-
water environments. The ultimate goal of this technique is to determine the propor-
tional contributions of multiple sources of organic matter to a mixture found in na-
ture. Linear mixing models are used for this purpose to examine two source, single
isotope, or three source, dual isotope, signatures (Phillips 2001; Phillips and Gregg 2001).

Riverine Sources of Organic Matter

Organic material introduced to river/stream ecosystems is classified as being derived
from either autochthonous (generated within the stream) or allochthonous (generated
from the watershed) sources. Both of these sources vary temporally and spatially. Sea-
sonal variation of terrestrial sources is attributed to the presence of species and hydro-
logic regime. The composition of the riparian species changes over time, as does the
proportional species contribution to streams (Johnson and Covich 1997). Stage height
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220 Chapter 6  ·  Sediment-Water Interactions

and precipitation also facilitate transfer of terrestrial material to streams (Koetsier et al.
1997; Tockner et al. 1999), both laterally and longitudinally. Hydrological conditions
regulate the in-stream presence and distribution of biological organisms (e.g., per-
iphyton and invertebrates) (Allan 1995), the transport and transfer of solutes (e.g., ions
and nutrients) (Webster and Ehrman 1996), and the provenance and movement of or-
ganic material (Minshall et al. 1985). Water temperature, which is intimately linked to
air temperature, varies both seasonally and diurnally, as well as among locations due to
regional differences in climate, elevation, extent of streamside vegetation, and relative
importance of groundwater inputs (Allan 1995). In-stream production of algae and
periphyton is dependent on environmental factors such as insolation and temperature
(Allan 1995; Sand-Jensen 1998), as well as terrestrial nutrients.

Not only do hydrological factors affect the relative proportion of various sources of
organic material, but the seasonal availability of source types does as well. As flood-
plains are inundated during overbank flow periods, stored organic matter may enter
the stream. This occurs during episodic events such as spring melt (i.e., freshet) and
rain events. Rain, and associated wind, has an added impact in that allochthonous
material may get blown into the stream from riparian areas. Autochthonous sources
are linked to several environmental factors, including temperature, light intensity, avail-
able nutrients, and discharge, where favorable conditions are more likely to occur during
low flow periods. Allochthonous sources often follow seasonal lifecycles, where leaves
and needles are shed in autumn, and new growth does not occur again until spring. A
third source of organic matter exists in many watersheds that are linked to marine
environments. Anadromous salmon, migrating upstream to spawn, are known to in-
troduce important marine-derived nutrients to freshwater systems (Bilby et al. 1996).
Spawning female salmon create redds, or nests for eggs, by digging up gravels, simul-
taneously leaving a depression for deposition of eggs and sperm. By excavating the
nest they clean out fine material stored in interstitial spaces that may hinder oxygen

Fig. 6.1. A hypothetical depiction of seasonal patterns of suspended sediment concentration, discharge,
and temperature as well as the factors which influence them in a temperate, nival dominated, fish-
bearing stream. While only one rain event is shown, several typically occur during the season. Relative
and absolute relationships between the variables depicted here are approximate
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transfer for eggs (Soulsby et al. 2001). After spawning the female covers the eggs with
excavated gravels thereby generating highly permeable sediments in the redd. Shortly
thereafter (days) both the female and male die and the carcasses are left to rot in-
stream providing a pulse of bioavailable, marine-derived nutrients. Figure 6.1 depicts
a generalized model for these dominant sources and the timing of organic matter along
with the hypothetical pattern for inorganic sediment concentrations in a typical snow-
melt-dominated stream system.

Study Objective, Rationale and Approach

The objective of the work presented here was to evaluate the seasonal changes in the
dominant type of organic matter incorporated in the suspended sediment of a produc-
tive fish-bearing, temperate stream system. The assumption is that in temperate forest
areas such as the study region, the quality and quantity of organic material incorpo-
rated into the stream system varies over the season depending on the source types
available, hydrologic regime, and conditions for biological processing. Organic matter
of good quality, and/or high concentrations, may significantly increase the size of flocs,
resulting in faster settling rates. This may be attributed to two factors: (1) flocculation
is directly facilitated by the organic matter, or macromolecules comprising organic
material; and/or (2) organic matter provides the nutrients and habitat for bacteria, which
exude polymeric fibrils that bind particles together (Droppo et al. 1997).

The approach used to characterize organic matter sources was the measurement of
regular carbon and nitrogen content along with stable isotopes of carbon and nitrogen
in suspended sediment collected over one open-water season in a productive salmon-
bearing stream. The sampling strategy was intended to capture important hydrologic
and biologic events within the study system, which would influence the input and trans-
port of various organic matter sources. Samples were collected (1) for springmelt and
baseflow to allow for comparison between instances of minimum and maximum sus-
pended material, (2) for summer rain events to incorporate resuspension of material
from the bed gravels, and (3) for periods when different organic sources were evident
(e.g., spawning salmon). Further work on the effect of the organic matter type of ag-
gregate size was also undertaken but is not presented here.

6.1.2 Methods

Study Site

The study watershed of O’Ne-eil Creek (Fig. 6.2) is located in the Hogem Range of the
Omenica Mountains in the Takla Lake region of northern British Columbia, Canada.
As part of the most northern extent of the Fraser River watershed (55° N, 125°50' W),
O’Ne-eil (also known as Kynoch) basin features a range in relief from 700–1 980 m
above sea level. Surficial material is comprised of glacial tills and lacustrine clays at
higher elevation and fine-grained glaciolacustrine sediment in the lowland areas (Ryder
1995).  Encompassed within the Engelmann Spruce Sub-alpine Fir (ESSF)
biogeoclimatic zone, the basin is relatively small (~75 km2), but O’Ne-eil Creek is an
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important fish-bearing stream, where annual migration of Pacific sockeye (Onco-
rhynchus nerka) salmon is well documented by Canadian Department of Fisheries
and Oceans (DFO). The mainstem channel of O’Ne-eil Creek is approximately 20 km
in length and 10 to 12 m wide at the mouth. The study reach exhibits favorable spawn-
ing habitat with appropriate substrate size distribution in low gradient (0.5–2%) riffles
(Petticrew 1996). Little anthropogenic disturbance has occurred within this water-
shed specifically, however, a forest service road enables access to the lower reaches.
One site in O’Ne-eil Creek, downstream of the forestry access bridge, and approxi-
mately 1 500 m upstream of the mouth, was sampled during the period of May 18 to
August 21, 2001. River stage levels were monitored continuously by DFO using a pres-
sure transducer and used in conjunction with rating curves to determine discharge.
DFO also maintained precipitation gauges in the area.

Earlier quantification of organic matter inputs to the Stuart-Takla streams for 1996
by Johnston et al. (1998) indicate that riparian litter inputs for the period between
July and October varied between 10 and 300 g m–2 in dry weight, with the majority
being of deciduous rather than coniferous origin. The magnitude of vegetation intro-
duced to the streams decreased logarithmically with distance from stream banks,
while the mean areal loadings decreased as channel width increased. In-stream pro-
ductivity in the form of benthic algal biomass increased in late summer in response
to introduction of salmon carcass derived nutrients. Johnston et al. (1998) report
that the organic inputs from the in-stream rotting of salmon carcasses exceeded those
of riparian leaf litter in Stuart-Takla streams.

Fig. 6.2. Map of the Stuart-Takla region of northern British Columbia. Note O’Ne-eil watershed in
the center
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Sample Event Selection

This study was designed to determine what type of organic matter was associated with
stream suspended sediment over one open water season in O’Ne-eil Creek. In order to
evaluate the seasonal changes in fine sediment composition it is necessary to collect
samples over a range of watershed events which transport or deliver inorganic and
organic matter. These were partitioned into five discrete event types, including:
(1) springmelt during the period of rising water levels; (2) summer pre-spawn flow
conditions, but isolated from rain events; (3) rain events; (4) the period during active
spawning; and (5) post-spawn, where no actively spawning or live salmon were present
but decay of carcasses occurred. Springmelt is a period characterized by high discharge,
and this is when material stored in-channel and on the floodplain is first flushed through
the system resulting in elevated suspended particulate matter levels. Less suspended
load is moved during lower flow levels associated with pre-spawn flows, where the source
material is predominantly in-stream. Rain events are characterized by higher than
baseflow discharge, where suspended sediment concentrations are expected to increase,
and potentially comprise a combination of in-stream and terrestrial inputs. Five rain
events were sampled during pre-spawn, salmon spawn, and post-spawn, so they re-
flect the combined effects of resuspension of gravel-stored material that occurs dur-
ing storms and the predominant source of organic matter for the particular sampling
date. The period of active salmon spawn combines the introduction of anadromous
organics and biological disturbance of gravels due to the digging of redds. Decaying
salmonid organic matter is expected to be delivered to the system post-spawn, but,
because live fish are no longer present, disturbance of gravels is minimal. Seasonal
patterns of suspended particulate matter and suspended organic matter concentra-
tion, as well as their carbon and nitrogen signatures were identified by replicate sam-
pling (3–5 dates) within each of the above stated event types.

Suspended Sediment Collection

A mixture of sediment and water was collected using wide-mouthed 1-l Nalgene bottles
from a designated site in a well-mixed portion of the stream channel. The bottles were
transported to the field laboratory where values of suspended particulate matter (SPM)
and suspended organic matter (SOM) concentrations were obtained through gravi-
metric determination. The bottles were mixed well to obtain representative samples
and then a known volume of stream water was filtered through pre-combusted and
pre-weighed 47 mm diameter glass-fiber filters with a nominal pore size of 0.7 µm.
Triplicate samples were filtered, dried at ~60 °C and then weighed to allow the calcula-
tion of SPM concentration. The filters were then ashed in a muffle furnace at 550 °C for
an hour to remove the organic material and then reweighed, allowing for determina-
tion of SOM concentration.

Stable Isotopes of Carbon and Nitrogen

Stable isotope mass spectrometry (University of British Columbia, School of Oceanog-
raphy Stable Isotope Laboratory) was used to characterize seasonal sources of organic
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matter. The isotope ratios for both organic tissue and suspended sediment filters were
measured and expressed relative to conventional standards as δ  values defined as:

δX (‰) = (Rsa/Rstd – 1) × 1 000 (6.1)

where X is 13C or 15N, Rsa is the isotopic ratio of the sample (either 13C/12C or 15N/14N),
and Rstd is the isotopic ratio of the standard (PeeDee Belemnite for carbon and air for
nitrogen). The technique enables assessment of seasonal distribution of organic mat-
ter sources by comparing isotopic ratios from collected source material with those from
suspended sediment samples. Regular carbon and nitrogen content (12C and 14N) was
measured prior to stable isotopes in order to calculate the sample’s C:N ratios. This
ratio is often used to estimate sources for organic matter because autochthonous mate-
rial exhibits much lower values (<15) than allochthonous material (Owen et al. 1999).

Tissue from terrestrial vegetation (e.g., spruce needles and birch, willow, and alder
leaves), in-stream periphyton and algae, and salmon flesh was collected and stored in
1.2 ml centrifuge tubes and freeze-dried. Isotopes of carbon and nitrogen, as well as
routine C:N ratios, were determined for each of these source materials. It should be
noted that algae and periphyton are classified separately here even though the term
benthic algae typically incorporates both. The algae collected for this study was free-
floating and visually distinguishable from periphyton.

Duplicate samples of suspended sediment were collected, as indicated above, for
isotope analysis and filtered onto pre-combusted and pre-weighed glass fiber filters,
which were freeze-dried and analyzed as per the tissue samples. Seasonal trends were
assessed using both carbon and nitrogen isotopes and ratios of percentage carbon and
nitrogen for these filter samples.

A dual isotope (C, N), three end-member (algae, salmon, and terrestrial vegetation)
mixing model based on mass balance equations (Phillips and Gregg 2001) was used to
define these trends more quantitatively, and to examine relationships more conclu-
sively. The spreadsheet used to determine source proportions, variances, standard errors,
and confidence intervals can be accessed at http://www.epa.gov/wed/pages/models.htm.

6.1.3 Results

O’Ne-eil Creek discharge, local precipitation and the timing of sampling events are
shown in Fig. 6.3a. Figure 6.3b indicates the concentrations of suspended particulate
matter and suspended organic matter observed over the open water period. In 2001 the
springmelt discharge began in late May. Five rising limb discharge dates were sampled
which show elevated sediment concentrations. Flows attenuated in late June when five
lower flow, lower sediment concentration, pre-spawn dates were sampled in June and
early July. Five storm events were sampled over the summer season on July 7 and 9, and
August 2, 3 and 21. These five events exhibited a range of suspended sediment response
to the change in flows associated with precipitation. The estimated sockeye escape-
ment was 13 893 with the fish arriving in the stream on July 20 and die-off beginning
around early August. Five dates were sampled in active spawn and three in the post-
spawn period.



225

Stable Isotopes of Carbon and Nitrogen

Initially, the proportion of carbon and nitrogen comprising the suspended sediment
fraction was determined. Figure 6.4 shows the seasonal pattern of the ratio of carbon
to nitrogen along with the discharge values. The pattern in the C:N ratio shows high
values occurring during the spring period and remaining fairly constant until the salmon
are introduced to the stream reach. The C:N ratio decreases while the salmon spawn
and carcasses are present in-stream. The post-spawn samples are significantly differ-
ent (P < 0.05) from both spring melt and pre-spawn samples. Figure 6.5 provides a break-
down of the C:N ratios for tissue types sampled as source material within and adjacent to
O’Ne-eil Creek over the season. Mean values for tissue samples taken several times over
the season of allochthonous, or terrestrially derived, vegetation exhibits C:N ratios greater
than 15, ranging from 18.4 ±1.23% for willow leaves to 41.9 ±7.42% for spruce needles.

Autochthonous, or in-stream, organic matter is characterized here by ratios <15;
the lowest values being for salmon flesh with 3.4 ±0.07%, while periphyton and algae
ratios are 8.3 ±1.22 and 9.2 ±0.21%, respectively.

Stable isotope analysis of O’Ne-eil Creek source materials were undertaken on the
same samples as those measured for C:N ratios that are portrayed in Figure 6.5. Statis-
tically different carbon and nitrogen isotopic signatures were found for the three main
groups of organic source material allowing for source separation techniques. Allochtho-

Fig. 6.3. a Schematic of sampling approach during the 2001 open water season. Points represent sam-
pling times, shaded areas depict the four major event types of rising limb of springmelt, lower pre-
spawn flow, and the active spawning period and post-spawn (i.e., no live/spawning salmon). Arrows
designate sampled rain events. b Concentrations of SPM and SOM sampled over the open water season
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nous (terrestrial) material had a δ 13C value of 28.8 (±0.94) and a δ 15N value of
1.1 (±2.68). Autochthonous (algae) material had a δ13C value of 21.0 (±0.50) and a
δ 15N value of 10.8 (±0.09). The salmonid samples had a δ13C value of 35.3 (±0.76) and
a δ 15N value of 0.5 (±0.25) (Table 6.1). Seasonal analysis of the mixture of organic
material in the suspended sediment reveals a trend of enrichment of the stable
(heavier) isotope over the season for both carbon and nitrogen, although the latter is
much more pronounced (Fig. 6.6).A slight increase in carbon isotope ratio is seen
from springmelt to low flow with δ13C values of –26.8 ±0.09 and –26.6 ±0.10‰, respec-
tively. Once salmon enter the reach, the isotopic signal increases to –26.1 ±0.18‰. The

Fig. 6.4. Seasonal trend in C:N ratio of suspended sediment. Dotted lines indicate active spawning start
(July 20) and end (August 15) dates. Error bars are ±1 SE

Fig. 6.5.
Averaged C:N ratios for dif-
ferent types of organic source
material sampled in or adjacent
to O’Ne-eil Creek. Dotted line
separates allochthonous (ter-
restrially derived) from autoch-
thonous (produced in-stream)
organic material
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peak of enrichment occurs just prior to the post-spawn period, where some salmon are
still alive, but earlier returns have already begun to rot in situ. After this, the isotopic
ratio decreases towards a signal more similar to the period prior to salmon presence;
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however, the measured trend ends before the decline is complete, so the grouped av-
erage for the post-spawn event shows the highest enrichment as compared to all other
event types (–25.6 ±0.07‰). The nitrogen isotope exhibits a similar pattern with en-
richment of δ15N from springmelt to pre-spawn flow of 2.02 ±0.11 to 2.42 ±0.09‰, a
steep increase over the active salmon spawning period with a average of 4.27 ±0.38‰,
and further enrichment after salmon die-off is complete (5.60 ±0.18‰).

The combined results of the two isotopic elements are typically shown as in Fig. 6.7, and
there is clearly an increasing trend, where springmelt < low flow < rain≈ spawn < post-
spawn. Rain events were sampled over three different event types (pre-spawn flow,
spawn, and post-spawn), and the average is approximately equal to that of the salmon
period due to the linearity of the relationship observed in these event types (Figure 6.7).
In fact, linear regression was applied to the semi-logged ungrouped data, and the re-
lationship is significant with r2 = 0.663 for N = 46 and α = 0.05.

For modeling purposes, the data derived from the suspended sediment filters were
compared to the tissue samples, using the dual isotope, three end-member format
developed by Phillips and Gregg (2001). The results indicate that the predominant source
of organic matter to the suspended sediment load changed over the season, although
the 95% error bars are very large (Table 6.1). For the springmelt period, the model
suggests that all organic material is derived from terrestrial vegetation, while the salmon
and algal sources are contributing minimal amounts to the suspended sediment sup-

Fig. 6.6. Seasonal trends for stable isotopes of carbon and nitrogen from suspended sediment. The
salmon spawning period is designated. Error bars are ±1 SE
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ply. Similarly, terrestrial vegetation dominates as the organic source for the pre-spawn
suspended sediments. A shift begins toward a positive salmon contribution for the
rain events category, with between 66 and 95% of the proportion remaining terrestri-
ally derived, and 21 to 34% being of salmon origin. The divergence continues for the
active salmon spawn, where the suspended sediment samples were composed of any-
where from 56 to 81% of vegetative tissue, 27 to 38% of salmon flesh, and 0 to 6.1% of
algae. The post-spawn period was characterized by an overlap of terrestrial and salmon
inputs, 46.0% ±8.6 and 46.8 ±3.7%, respectively, and minimal algal inputs (7.2 ±5.2%).
Periphyton was excluded from the model because it utilizes nutrients from the water
column (Johnston et al. 1998), which complicates modeling because the periphyton
isotopic signature is then a mixture of the end-members. Phillips and Gregg (2001)
suggest that samples from the three source populations should be independent.

6.1.4 Discussion and Conclusion

Both the carbon to nitrogen ratios and the stable isotope analysis of suspended sedi-
ment reflect differences in organic matter composition seasonally. The changing sig-
nal of C:N from suspended sediment filters indicates the sediment load response to the
seasonal change in organic matter type. Figure 6.4 displays the transitional decrease in
C:N ratio caused by salmon presence within the study reach from a ratio greater than
15 to a ratio less than 15. This dilution of C:N ratios through the addition of autochtho-
nous (i.e., in-stream) matter results in much lower values than those of allochthonous
(i.e., terrestrially derived) materials that dominate earlier in the season. Figure 6.5, show-
ing the C:N ratios for terrestrial- versus aquatic-derived organic source material for
O’Ne-eil Creek, confirms this, as terrestrial sources are characterized by ratios greater
than 15, whereas the in-stream supply falls below 15 as suggested by Owen et al. (1999).
Thus, it appears that the suspended sediment load adopts an elemental signal related
to changing type of source material. Although the ratio does not decrease as far as to
match the measured ratio for salmon flesh, the presence of salmon detritus is detect-
able in the suspended sediment load when stable isotopes are used.

Fig. 6.7.
Stable isotopes for suspended
sediment filters as grouped by
event type. Bi-directional error
bars are ±1 SE for both variables
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It is clear that stable isotopes provide more specific information for characterizing
organic matter sources and differentiating the timing of their contribution to the stream
system. Different types of organic tissue exhibit distinctly different isotopic signals,
which enables differentiation between samples and even the tracing of trophic path-
ways through systems (Fry 1988). The data presented in Fig. 6.6 indicates little tempo-
ral variation in δ13C (–27 to –26‰) and δ15N (2 to 3‰) until the salmon enter the
reach. At this point, a steep increase in the heavier isotopes of each element occurs;
steeper for nitrogen than carbon. Then, when live salmon are no longer present in the
stream, both carbon and nitrogen isotopes fall off; probably as salmon-introduced
nutrients from decay processes are utilized or flushed downstream. This trend is sup-
ported by Ben-David et al. (1998), who reported that spawning Pacific salmon exhibit
higher proportions of heavier carbon and nitrogen isotopes (δ 13C = –18.65 ±0.18‰
and δ 15N = 13.01 ±0.13‰) than terrestrial plants (means of δ 13C≈ –27‰ and
δ15N≈ 0‰; France 1997). Isotopic content of the event groups is clearly differentiated
in Fig. 6.7 indicating the usefulness of this method in distinguishing suspended sediment
organic matter types. The role of decaying salmon in introducing marine derived nutri-
ents to the stream is supported in this data set by the elevated values during post-spawn.

Dual isotope, three end-member modeling corroborates the visual stable isotope
pattern (Fig. 6.7), although a significant amount of variation in proportion of contribu-
tors exists (Table 6.1). Phillips and Gregg (2001) performed sensitivity analysis of this
linear mass balance model. They found that large differences in isotopic signal be-
tween sources reduced the error (i.e., doubling the difference reduced the uncertainty
by half). Further, sample size is important when dealing with source samples exhibit-
ing similar isotopic signatures. Thus, increasing the number of samples collected, es-
pecially for terrestrial vegetation, which varies significantly in terms of species and
season (France 1995), should improve the resolution of this model. As well, collecting
tissue samples in a more continuous manner over the season, rather than the episodic
approach presented here, and applying the model to sources collected at the same time
as the mixture, may also assist investigation of natural patterns.

The stable isotope analysis substantiates earlier indications that organic source type
is of significant importance for flocculation in O’Ne-eil Creek (McConnachie and
Petticrew 2006). The observed contributions of organic matter to the suspended sedi-
ment follows the general pattern of terrestrial and in-stream contribution as depicted
in the schematic of Fig. 6.1. Other reported results from this study area indicate larger
aggregate particles were found during salmon spawn and decay (Petticrew 1996;
McConnachie 2003; Petticrew and Arocena 2003; McConnachie and Petticrew 2004), a
time when the dominant organic source type changes from terrestrial material to higher
quality, marine-derived organic matter introduced to the freshwater system by the
salmon vector. Both carbon and nitrogen signals changed considerably in terms of the
heavier isotopes for the spawn compared to the pre-spawn flow period; however, samples
taken up to mid-July were equal to or less than the springmelt concentrations, indicat-
ing a predominance of the terrestrial organic matter over that period.

The relationship between organic content and particle morphology, when sampled
in a natural environment, is confounded by the range of variables (e.g., shear velocity,
temperature) influencing aggregate size and stability, which make it difficult to isolate
the influence of organic matter source material. However, laboratory evaluations indi-
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cate that the quality of the organic matter, as it relates to a suitable bacterial substrate,
influences the floc development due to bacterial EPS. Therefore, characterizing the
temporal and spatial changes of organic contributions is an important factor in assess-
ing riverine sediment storage and transfers.
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6.2 Aggregation and Sorption Behavior of Fine River Sediments

6.2.1 Introduction

The suspension and deposition behavior of fine particles in rivers is of high envi-
ronmental relevance and depends on numerous physical-chemical factors (Lick 1982).
Flow turbulence, particle size distribution, particle surface charge, ionic strength, and
the concentration of organic matter (OM) are key parameters associated with these
processes (Amos et al. 1992; Buffle and Leppard 1995a,b). Fine particles can interact
with organic and inorganic pollutants (Grolimund et al. 1996; Roy and Dzombak 1997;
Kretzschmar et al. 1999) and facilitate their transport in river systems, but they also
may contribute to the immobilization of pollutants due to particle sedimentation.

In this contribution, the role of different physical-chemical parameters on the ag-
gregation behavior of fine river sediments from the river Elbe and a model solid phase
(kaolin) was investigated as well as the interaction of these solid phases with inorganic
pollutants (copper, lead, zinc). Focus was put on the role of organic matter, particle
surface charge, and ionic strength on the aggregation and sorption behavior of the
river sediment and kaolin. The aim of the work was to assess the potential impact of
particle mediated transport of contaminants on river systems.

6.2.2 Materials and Methods

Sample preparation in all experiments was carried out by using demineralized water
(Milli-Q Plus, Millipore). For pH adjustment and for sediment washing HCl (suprapur,
Merck) and NaOH (Merck) were used.

Solid Phases

Sediment sampling and properties.  Channel bed sediment samples were collected
from the river Elbe at Buhnenfeld (stream km 607.5, depth: 2 m). After sample collec-
tion, pore water was separated from the sediment. To do this, sediment samples were
centrifuged at 4 000 rpm (2 150 × g) for 60 min (ROTANTA 460 RS, Andreas Hettich
GmbH & Co KG). After centrifugation, the supernatant was filtered with 0.45 µm mem-
branes and analyzed for concentration of dissolved organic carbon (DOC) (Sievers
820, Portable Total Organic Carbon Analyser, Sievers Instruments Inc., USA). The cen-
trifuged sediment was freeze-dried (1.030 mbar, –20 °C; Christ, Alpha 2-4; Sedo). A
portion of the freeze-dried material was analyzed for mineral content using X-ray
diffractometer (Siemens Diffrac 11). The results of X-ray diffractometry measurements
are shown in Table 6.2.

To remove organic or inorganic (metal species) constituents, the freeze-dried sedi-
ment Sedo was washed with the following solutions and in the following order: solu-
tion of NaOH (0.1 mol l–1), demineralized water, solution of HNO3 (0.1 mol l–1) and
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demineralized water. Each washing step was carried out three times and for 24 h. Fi-
nally the washed sediment was freeze-dried (Sedw).

Kaolin. Kaolin H 3 GF (Dorfner, d50 = 3 µm) was used as reference material for a min-
eral solid phase.

Aggregation Behavior of the Sediment

For the stability characterization of fine sediments samples of Sedo and Sedw were pre-
pared with demineralized water and pore water (n = 3). The concentration of sediment
was set to 2 g l–1. In the supernatant, collected following sedimentation of the larger par-
ticles (>1 µm), pH value, electrical conductivity, particle size and zeta potential were de-
termined. Particle size and zeta potential were measured using Zetasizer Nano ZS (Malvern
Instruments, laser: 4 mW He-Ne, λ = 633 nm). For the particle size measurements dy-
namic light scattering technique was used (scattering angle: 173°). The electrophoretic mo-
bility was detected by means of the laser doppler electrophoreses. The zeta potential was
calculated from electrophoretic mobility using the Smoluchowski equation (Müller 1996).

Titration experiments.  For a detailed characterization of the aggregation behavior of
sediment particles, titration experiments were carried out by means of a Zetasizer and
an Autotitrator (MPT-2, Malvern Instruments). The titration was done in a plastic bea-
ker, which was connected through a capillary system and a peristaltic pump with a
folded capillary zeta potential cell (DTS 1060, Malvern Instruments). The sediment
samples (Sedo, Sedw, ρ = 2 g l–1 each) were prepared with demineralized water. A vol-
ume of 10 ml of the supernatant, obtained after sedimentation of the larger particles
(>1 µm), was titrated with solutions of MgSO4 (0.01; 0.1 and 0.5 mol l–1) in the concen-
tration range from 0 mmol l–1 to 50 mmol l–1 to study the influence of the ionic strength
on the aggregation of the particels. The pH value remained constant at 7 during the
titration. Furthermore, the same samples were titrated from a pH value of 7 to pH 2
with HCl (0.1 mol l–1 and 1 mol l–1) and from a pH value of 7 to 12 with NaOH (1 mol l–1).
After each adjustment of pH value and MgSO4 concentration, the particle size and elec-
trophoretic mobility was measured three times. Between the measurements and dur-
ing the adjustments of pH value and MgSO4 concentration, the sample was circulated
and stirred. The titration experiments were controlled automatically by software.
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Stirring tank experiments.  In cooperation with the Institute for Hydromechanics,
Universität Karlsruhe (TH) (Prof. G. H. Jirka, Dipl.-Ing. G. Kühn), experiments in a
stirring tank were performed in order to investigate the influence of ionic strength on
the aggregation behavior of fine particles. The stirring tank had a volume of 1.2 l (in-
ner diameter: 100 mm, height: 150 mm). A MgSO4 solution (2 mol l–1) was added
stepwise (20 steps of 5 ml, each) to a suspension of freeze-dried river Elbe sediment
(Sedo; ρ = 250 mg l–1). The suspension was stirred continuously (150 rpm) to prevent
settling of particles.

For particle detection, an optical measurement technique based on an In-Line Mi-
croscope (Aello 7000) with a CCD camera system was used. With the instrumental set-
up, particles between 4 and 500 µm could be detected.

Column Leaching Experiment and Size Exclusion Chromatography

Column leaching experiment. To examine the release of organic compounds from
the river Elbe sediment, column leaching experiments were performed. A column
(Alltech Grom, ECO GR-G4550Z, 450 × 50 mm) filled with 600 g of the freeze-dried sedi-
ment was sequentially leached with 950 ml of the following eluents: demineralized water,
solutions of MgSO4 (0.05 and 0.01 mol l–1), and a solution of NaOH (0.1 mol l–1).

A HPLC unit (Amersham Pharmacia, ÄKTA Explorer 100) with pump and UV de-
tector (λ = 254 nm) was used at a flow rate of 1 ml min–1. In the column outlet, UV
absorption, pH value and electrical conductivity were detected online.

Size exclusion chromatography (SEC). For characterization of the organic matter in the
eluates, the analytical SEC system LC-OCD with a TSK HW 50 S column and a phosphate
buffer (0.028 mol l–1) was used. The system was described in detail by Huber and Frimmel
(1992). The system was also used to determine the DOC concentrations of the eluates. The
DOC concentrations were calculated from bypass DOC peak areas by an external calibra-
tion of the DOC detector with potassium hydrogen phthalate as standard. Samples with a
DOC above 10 mg l–1 were diluted with buffer prior to measurement.

Sorption of Heavy Metals

Sorption kinetics of heavy metals (Cu, Pb and Zn) on Sedw and kaolin particles in the
presence and in the absence of dissolved organic matter (DOM) were investigated in
batch experiments. The metal stock solutions for the sorption experiments were pre-
pared by using: CuCl2 ⋅ 2 H2O (Merck), PbCl2 (Merck), and ZnCl2 (Merck). These salts
were dissolved in a solution of HCl (10 mmol l–1). The concentration of metals was set
to 10 mmol l–1. Freeze-dried sediment was dispersed and extracted with NaOH solu-
tion (0.1 mol l–1) (solid to liquid ratio: 50 g/0.5 l) and shaken by a vertically spinning
mixer. The extract was used as solution to study the influence of dissolved organic
matter (DOM) in the batch experiments. The concentration of the solid phases (sedi-
ment and kaolin) was set to 5 g l–1. The heavy metal concentration (50 µmol l–1) and
DOM concentration (40 mg l–1) were adjusted by using metal stock solutions and sedi-
ment extract respectively. 40 ml samples were shaken in plastic beakers (Greiner Bio-
one) using a vertically spinning mixer (REAX 20, Heidolph).

6.2  ·  Aggregation and Sorption Behavior of Fine River Sediments
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The sorption experiments were carried out at pH values of 5 and 7. After mixing of
the components three aliquot samples (3.5 ml each) were sub sampled between 1 and
500 min, transferred to the centrifuge tubes and centrifuged in an ultracentrifuge
(Optima TLX, Beckman Coulter) at 100 000 rpm (417 000 × g) for 20 min. After cen-
trifugation, 1.5 ml of supernatant from each tube was obtained. The supernatants were
collected in one tube (4.5 ml), stabilized with 1% HNO3 (suprapur, Merck) and ana-
lyzed for metal concentration with inductively coupled plasma optical emission spec-
trometer (ICP-OES, Vista-Pro CCD Simultaneous, Varian).

6.2.3 Results and Discussion

Aggregation Behavior of the Sediment

Both original and washed river sediment (Sedo and Sedw) particles dispersed in
demineralized water showed a negative zeta potential between –19 mV and –21 mV
(see Fig. 6.8). Due to the high ionic strength, the original and washed sediment dis-
persed in pore water showed a slight decrease of the negative zeta potential (–16 mV).
This trend is associated with a significant increase of the particle size from 500 nm to
1 500 nm. This is due to the compression of the electrical double layer by the adsorp-
tion of cations from the pore water onto the particle surface. As a consequence of the
decreasing repulsive electrostatic forces, the particles aggregate rapidly. The pH value
remained constant between 7 and 8. It is interesting to note that washing of sediment
particles showed no significant influence on their aggregation behavior.

Fig. 6.8. pH value, electrical conductivity, particle size and zeta potential of original and washed river
sediment (Sedo and Sedw) dispersed in demineralized water and pore water (DOC concentration in
pore water: 31.9 mg l–1)
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Titration experiments.  The stability and aggregation behavior of fine sediment par-
ticles was investigated in titration experiments. Figure 6.9a shows the zeta potential
and particle size of original and washed sediment as a function of the MgSO4 concen-
tration. Titration with MgSO4 solution caused a decrease of the negative zeta potential
with increasing salt concentration from –20 mV to –8 mV. The particles remain stable
in the concentration range of 0 to 3 mmol l–1. The increase of MgSO4 concentration
leads to aggregation of sediment particles. The aggregation for washed sediment par-
ticles was stronger than for original sediment particles. During sediment washing with
the NaOH solution, a significant part of organic compounds was desorbed from the
particle surface. Therefore, it is assumed that the presence of organic compounds on
the surface of original sediment particles can cause their stabilization (Kretzschmar
et al. 1995; Kretzschmar and Sticher 1997) such that the aggregates are smaller than for
the washed sediment.

The influence of the pH value on the stability of original and washed sediment
particles was also investigated in the titration experiments (Fig. 6.9b). The zeta poten-
tial remained negative (from –42 mV to –7 mV) at the pH range investigated (pH 2 to

Fig. 6.9.
Influence of MgSO4 concentra-
tion (a) and pH value (b) on
the zeta potential and mean
particle size of original (Sedo)
and washed sediment (Sedw)
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pH 12) and as expected, it became less negative with decreasing pH value due to the
increasing protonation of the particle surface.

The average particle size of the sediment remained stable (about 500 nm) in the pH
range of 4 to 12. At lower pH values (pH 4 to pH 2), the particle size increased rapidly
and sediment particles agglomerated. At pH 2, agglomerates with an average particle
size of about 3 µm to 4 µm were detected. Washing showed no significant influence on
the aggregation behavior of the sediment particles.

Stirring tank experiments.  Additionally, stirring tank experiments were performed
for the characterization of the aggregation behavior of sediment particles. Figure 6.10
shows the median particle size (d50) as a function of the MgSO4 concentration. In the
stirring tank experiments, an aggregation of the sediment particles was observed. In-
creasing MgSO4 concentration led to an increase of the median particle size. At high
salt concentrations (100 mmol l–1 to 160 mmol l–1), a maximal value of aggregate size
was reached (about 40 µm).

Column Leaching Experiments and Size Exclusion Chromatography

In Fig. 6.11, SEC chromatograms of different eluate fractions from the column leaching
test are shown. The samples were taken after elution with

1. 750 ml of demineralized water
2. 600 ml of MgSO4 solution (0.05 mol l–1)
3. 800 ml of MgSO4 solution (0.1 mol l–1), and
4. 800 ml of NaOH solution (0.1 mol l–1)

The concentration of dissolved organic carbon (DOC) in the leachate samples was
77 mg l–1 (1), 12 mg l–1 (2), 15 mg l–1 (3), and 83 mg l–1 (4).

Elution with MgSO4 solution led to lower DOC concentrations in the eluates compared
to the elution with demineralized water. An increasing Mg2+ concentration obviously
intensified electrostatic interactions between inorganic sediment and organic matter and

Fig. 6.10.
Aggregation behavior of sedi-
ment particles in a stirring
tank. Influence of MgSO4
concentration
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therefore, organic matter was retained in the column. Furthermore, it was noted that the
availability of leachable organic matter decreased with increasing time of elution.

During elution with NaOH solution, DOC mobility increased. This was due to dis-
solution and release of organic matter from sediment surface.

Sorption of Heavy Metals

In the sorption experiments, the influence of organic matter on the sorption of heavy
metals (Cu, Pb and Zn) onto the fine sediment particles (washed) and kaolin particles
was investigated. Sediment showed a better sorption capacity for all heavy metals in-
vestigated than the kaolin (Fig. 6.12). The river sediment contained a range of different
minerals (as shown in Table 6.2) with different properties and surface groups which
could account for the high sorption of heavy metal cations.

Figure 6.12 shows the sorption kinetics of zinc onto sediment and kaolin in the
presence and absence of organic matter. At pH 5, sorption of Zn was stronger in the
absence of organic matter than in its presence. At pH 7, a positive influence of the
organic matter on the zinc sorption could be determined especially in the case of kaolin.
The zinc cations were probably sorbed onto the solid phase as metal-organic complexes,
which are usually more stable at high pH values (Schmitt et al. 2003). The results for
copper and lead which are not shown here were similar to those obtained for zinc.

6.2.4 Conclusions

The titration and stirring tank experiments have shown that the aggregation behavior
of the sediment particles is mainly influenced by the ionic strength in the aqueous
phase. The pH value has little significant influence over the natural riverine range.

In rivers with low salt concentrations, it has to be expected that fine particles are
stable in dispersion and thus, they remain mobile. The strong sorption of heavy metals

Fig. 6.11.
SEC/DOC chromatograms of
selected eluate fractions from
the column leaching experi-
ment
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on the fine sediment particles can lead to an environmental risk in the context of particle
mediated contaminant transport.

An increase of ionic strength (in natural systems: e.g., estuaries with mixing of river
and sea water) enables particle aggregation and their sedimentation. As a consequence,
contaminants would be accumulated, and stored in the river channel sediments.
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Fig. 6.12.
Sorption kinetics of zinc
(c0 = 50 µmol l–1) onto washed
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(concentration of the solid
phases: 5 g l–1) in the presence
and absence of DOM (40 mg l–1)
at pH 5 (a) and pH 7 (b)
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6.3 Equilibrium and Kinetics of Sorption/Desorption
of Hydrophobic Pollutants on/from Sediments

6.3.1 Introduction

The input of anthropogenic substances into the rivers of Germany has been signifi-
cantly decreased over the past few years. In contrast to the river water, sediments are
still heavily polluted by metals and organic contaminants. Therefore, sediments can
act as sources for contaminants. Sorption/desorption processes in the system river water/
sediment are expected to be dependent on environmental conditions. But at present
the knowledge regarding the effects of the hydrochemical and hydrodynamical condi-
tions on remobilization of pollutants out of historical contaminated sediments is still
insufficient.

The objectives of this work were to investigate the effect of dissolved natural or-
ganic matter (DOM) onto sorption and desorption processes and competition effects
among hydrophobic organic contaminants (HOC). Furthermore, sorption and desorp-
tion processes of HOCs were investigated under different hydrodynamic conditions.

6.3  ·  Equilibrium and Kinetics of Sorption/Desorption of Hydrophobic Pollutants on/from Sediments
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6.3.2 Experimental Methods

Sediment materials and water.  Natural river sediment, taken out of an old anabranch
of the river Elbe near Torgau/Germany, was used for the study. As a pretreatment step,
the sediment, containing an organic fraction of 0.24% (fOC = 0.0024 g g–1 dry weight),
was dried at 40 °C, sieved (<2 mm) and homogenized. The experiments were accom-
plished with natural water possessing different concentrations and consistence of natural
DOM (laboratory water: about 1 mg l–1, river water: 6 mg l–1, pond water: 14 mg l–1).
The ionic strength of the pond and river water was about 400 µS cm–1. Sodium chlo-
ride was added to the laboratory water to set its ionic strength to an equal level as pond
and river water. Preliminary analysis of all water and sediment materials used in the
study showed no contamination with the model pollutants.

Chemicals.  For the investigations three relevant anthropogenic compounds were se-
lected: 1,2,4-trichlorobenzene, pentachlorobenzene and pentachloronitrobenzene
(PESTANAL®, purchased from Riedel-de Haën). The criteria of substance selection
were their appearance in the list of priority pollutants of the EU (directive 2000/60/EC),
their occurrence in rivers, and their biological and chemical persistence within the
experimental periods. The structure, aqueous solubility and octanol-water partition-
ing coefficients (KOW) of the model compounds are shown in Table 6.3.

Experimental methods.  All experiments were performed in the dark, in completely
mixed batch (CMB) reactors, with equal solid-to-water ratios (10 g dry sediment, 200 ml
solution). Within the sorption experiments, the concentration of each investigated model
contaminant was in a range of 2 to 500 µg l–1. The CMB reactors were shaken for sorp-
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tion equilibration. The desorption experiments were done by replacing the superna-
tant liquid phase with contaminant-free water after the sorption experiments. After-
wards, the CMB reactors were shaken until a state of desorption equilibrium was reached.

Desorption kinetics were studied using equally preloaded sediment. For preloading
200 g dry sediment and 300 ml liquid phase containing 500 µg l–1 of each model con-
taminant were shaken for 170 h reaching the state of sorption equilibrium. Afterwards,
the supernatant liquid was decanted off. Desorption experiments were performed with
10 g of the preloaded solid phase and 200 ml contaminant-free water. To determine the
increase of liquid-phase concentration during the desorption process, samples were
taken after different times. For the investigation of the effect of hydrodynamical con-
ditions on the desorption process, the agitation within the CMB-reactors was varied (0,
100, 150 and 200 rotations per minute).

All experiments were replicated at least twice. The errors including analytical and
methodical deviation are about 10% for sorption and up to 23% for desorption equi-
librium experiments. The error of kinetic experiments are up to 50%.

Analytical methods.  Prior to analysis, the model contaminants were separated from
the aqueous phase by liquid-liquid extraction with dichloromethane. Therefor, 50 ml
liquid phase, 5 g sodium chloride and 3 ml dichloromethane were shaken for 45 min at
250 rpm. The organic phase was isolated and dried with sodium sulfate. The solid
samples were extracted with a mixed solvent consisting of acetone and dichloromethane
(1:4 vol:vol). The extracts were concentrated in a rotary evaporator, dried and cleaned
in sodium sulfate/Florisil®-cartridges and concentrated to 1 ml in a gentle stream of
nitrogen. The analysis of liquid phase and sediment extracts were accomplished in a
GC-MS system (Thermo Quadrupol MS Trace DSQ). 1,2,3,4-Tetrachloro-5-nitroben-
zene and 1,3,5-tribromobenzene were used as internal standards.

The organic content of solid phases was analyzed by a TOC-Analyser with boat
sampler (Rosemount Analytical Dohrmann DC-190) after digestion with hydrochloric
acid. The DOM content of the liquid phase was analyzed by a Shimadzu TOC-5000-
Analyser and quantified as non-purgeable organic carbon (NPOC). Since volatile or-
ganic compounds are not relevant for the investigated water samples, NPOC can be set
equal to DOC (dissolved organic carbon).

6.3.3 Results and Discussion

Equilibrium Experiments

To investigate a possible competition effect among the model contaminants, isotherms
were determined by using single contaminant/DOM and mixed contaminants/DOM sys-
tems. The mixed system contained respectively 2 to 500 µg l–1 of 1,2,4-trichlorobenzene,
pentachlorobenzene and pentachloronitrobenzene in addition to the natural DOM. For
this purpose, river Elbe water was used as liquid matrix. The sorption coefficients were
acquired from the first linear part of the isotherms and normalized to the organic
carbon content of the solid phase (fOC = 0.0024 g g–1 dry weight). In Table 6.4, the re-
sults of the single contaminant and mixed contaminant sorption isotherms are shown.
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No significant competition effects among the investigated model contaminants could
be observed for sorption or for desorption processes.

Additional to the competition effect, the influence of the DOM concentration on the
sorption and desorption was investigated. During the river Elbe flood in 2002, an ob-
vious increase of the dissolved organic carbon (DOC) concentration of the river water
was detected (Börnick et al. 2003). According to several authors (e.g., Chiou et al. 1986;
Laor et al. 1998), the sorption processes of HOCs is influenced by DOM. Amiri et al.
(2005) showed that sorption of nitro-substituted organic compounds was significantly
influenced by the DOC content of the liquid phase. In column experiments, Reemtsma
et al. (2003) found a linear correlation between the mobility of adsorbable organic
halogen compounds and the release of solid organic matter connected with increasing
DOC concentrations. The sorption of 1,2,4-trichlorobenzene, pentachlorobenzene and
pentachloronitrobenzene was not influenced by the concentration of DOM (Table 6.5).
The results of desorption isotherms with different DOM concentration in the liquid
phase showed no influence of DOM on the desorption process of the investigated HOCs
(Fig. 6.13, Table 6.5).

For all compounds investigated, there is an obvious discrepancy between the par-
titioning coefficients calculated from the sorption and desorption data. The compari-
son in Table 6.5 indicates that the partitioning coefficients of desorption isotherms are
above the results of the sorption isotherms. The so-called hysteresis effect could be
assumed to be the reason for this effect. The differences between sorption and desorp-
tion isotherms can be seen in Fig. 6.14. According to literature (Pignatello 2000), hys-
teresis can be explained by (a) an inadequate time allowed for equilibration or (b) by
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the occurrence of irreversibly or resistantly sorbed fractions. Case (a) can be excluded
because sorption kinetic experiments showed that the systems under consideration
reached equilibrium after three days (see kinetic curves in the following section) while
the duration of each sorption isotherm experiment was seven days. Furthermore, long-
term kinetic tests with duration of four weeks resulted in the same loading of the in-
vestigated contaminants on the sediment as the experiments with duration of only
three days. Therefore, the observed discrepancy between sorption and desorption iso-
therms as presented in Fig. 6.14 must be caused by a resistantly sorbed fraction, char-
acterized by very slow desorption kinetics, or irreversibly sorbed fractions (case (b)).

Desorption Kinetics

The aims of kinetic experiments were to get information about the influence of DOM
and hydrodynamic conditions on the rate and extent of HOC remobilization out of
contaminated river sediments. The experiments were conducted with sediments equally
preloaded with model compounds. The results were analyzed using an overall kinetic
model based on the following equation:

with q: loading of sediment at time t, kdes: desorption rate constant, q*: equilibrium load-
ing of sediment at time t.

The desorption rate constants were estimated by curve fitting using the program
DEKIN 1.0. The highest measured standard deviation of the desorption rate constant

Fig. 6.13.
Desorption isotherms of
pentachlorobenzene in water
possessing different amounts
of DOM (quantified as DOC).
qeq: equilibrium loading of
sediment; βeq: equilibrium
concentration in the aqueous
phase

Fig. 6.14.
Comparison of sorption and
desorption isotherms of 1,2,4-
trichlorobenzene in river Elbe
water
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within the desorption kinetic experiments were 0.9 × 10–6 s–1 for 1,2,4-trichlorobenzene,
5.0 × 10–8 s–1 for pentachlorobenzene and 0.9 × 10–6 s–1 for pentachloronitrobenzene.
Taking in account these standard deviations it can be concluded, that the desorption
experiments showed no significant differences in the kinetic curves (Fig. 6.15) and in
the desorption rate constants (Table 6.6) determined for different DOM concentrations.
It can be derived from these experiments that there is no influence of the DOM con-
centration on the remobilization rate of the investigated HOCs for all investigated
hydrodynamic conditions.

To investigate the influences of the hydrodynamic conditions on the desorption process
the CMB-reactors were exposed to different agitation rates. As can be seen in Fig. 6.16, the
desorption rate constants, kdes, of pentachlorobenzene and 1,2,4-trichlorobenzene were
strongly controlled by the intensity of resuspension within the system. For pentachloro-
nitrobenzene desorption, no obvious impact of the hydrodynamic conditions was
noticed. It seems that the influence of hydrodynamics on the desorption rate constant
is specific for each substance. This is in accordance with findings of Latimer et al. (1999)
who showed for polycyclic aromatic hydrocarbons that remobilization depends on the
chemical properties of the adsorbed substance.

In contrast to the desorption rates, the equilibrium concentrations of the model
contaminants after desorption were not influenced by the hydrodynamic conditions.
On the other hand, there was a strong impact of the liquid-solid contact time during
preloading on the desorption equilibrium concentration indicating an increase of
sorption strength with time. In Fig. 6.17, the kinetic curves of 1,2,4-trichlorobenzene
desorption after HOC/sediment contact times of one and four weeks are shown for a
moderately resuspended system. Although the mass sorbed onto the sediment was
nearly the same in both cases (0.22 µg g–1 vs. 0.21 µg g–1), the desorption after a
preloading time of four weeks was much lower than the desorption after one week
preloading time. Experiments in a non-resuspended system showed that the desorp-

Fig. 6.15.
Desorption kinetics of 1,2,4-
trichlorobenzene in water
possessing different DOM
concentrations in a strongly
resuspended system
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tion of pentachlorobenzene and pentachloronitrobenzene also decreases with preloading
time. After a preloading time of 20 days 30% of the sorbed 1,2,4-trichlorobenzene, 14%
of pentachlorobenzene and 34% of pentachloronitrobenzene were desorbed. The in-
creasing of preloading time up to 32 days, decreased the reversibly sorbed fractions to
26% for 1,2,4-trichlorobenzene, 4% for pentachlorobenzene and 11% for pentachloro-
nitrobenzene. Since it is known that the investigated HOCs are biodegradable under
anaerobic conditions, the experiments were performed under aerobic conditions. Thus,
the determined effect could be explained by a change of the ratio of reversibly and
irreversibly/resistantly sorbed fractions, which was already described in the discus-
sion of sorption and desorption isotherms (Fig. 6.13). In the literature, this effect is
referred to as “aging” (Alexander 2000; Reid et al. 2000; Lee et al. 2004) and is caused
by diffusion of molecules into deeper layers of the sorbent particles, whereby the
bioavailability of the HOCs and the possibility of remobilization of contaminants out
of polluted sediments decreases. On the other hand it is possible that changes in hy-
drodynamic or in hydrochemical conditions can remobilize HOCs also from historical
contaminated sediments (Alexander, 2000).

Taking into account the standard deviations given before, it can be stated that the
desorption rate constants were not significantly influenced by the HOC/sediment
preloading contact time. It can be assumed that the values of kdes given in Table 6.7
represent only the fast desorbing fractions that are not influenced by the HOC/sedi-
ment contact time. The run-times of the experiments (up to 400 h) were not long
enough to find out if there is an additional slow desorption step, as postulated by
Cornelissen et al. (1997). Long-term experiments of about a half year would be nec-
essary to decide if there is a resistant, characterized by a very slow desorption, or an
irreversible sorption.

Fig. 6.16.
Effect of hydrodynamic con-
ditions on the desorption rate
constant, kdes

Fig. 6.17.
Influence of the HOC/sediment
preloading contact time on the
desorption process of 1,2,4-tri-
chlorobenzene in a moderately
resuspended system
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6.3.4 Conclusions

In contrast to statements in literature for other HOCs, our results showed that sorption
and desorption processes of 1,2,4-trichlorobenzene, pentachlorobenzene and pentachloro-
nitrobenzene were not influenced by the DOM concentration in the investigated range
from 1 to 14 mg l–1 DOC. However, an effect of the hydrodynamic conditions and the
HOC/sediment contact time on the desorption process was observed. Higher resuspen-
sion rates increased the desorption rate constant of chlorinated aromatic hydrocarbons,
whereas the release of pentachloronitrobenzene was not affected by different strength of
agitation. Therefore, the remobilization of HOCs out of contaminated sediments seems to
be a function of chemical properties. For a better understanding of the influence of chemical
properties on the extent of contaminant remobilization further research is needed.

The sorption of the investigated model contaminants was not completely reversible,
which might be caused by resistantly and irreversibly sorbed fractions. The resistantly
and irreversibly sorbed fractions increased with time (“aging effect”). It can be con-
cluded from our results, that the possibility of remobilization of the investigated con-
taminants out of polluted sediments decreases with time.
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6.4 Phosphorus Entrainment Due to Resuspension, River Spree, NE Germany

6.4.1 Introduction

Both resuspension and transport of suspended particulate matter (SPM) are driven
largely by hydrodynamics at the sediment water interface, initiating and controlling
the particle exchange between river sediment and water column (e.g., Black et al. 2002;
El Ganaoui et al. 2004). Transport of suspended sediment is accompanied by the trans-
port of phosphorus (P). It is an important mechanism to understand as the transport
of sediment-associated P in lowland rivers often constitutes a high percentage (23–61%)
of the total annual P load (e.g., Svendsen et al. 1995). Interactions of resuspended SPM
and particulate P require knowledge of sediment properties and hydrodynamic condi-
tions, such as the composition, the critical shear stress, the entrainment rate as well as
the sinking velocity (El Ganaoui et al. 2004). They are often inferred through the use of
flume experiments (Redondo et al. 2001; Witt and Westrich 2003; El Ganaoui et al. 2004)
or from direct in situ measurements (Gust and Morris 1989; Black et al. 2002). For
rivers, the availability of fine-grained sediments on the stream bed is viewed as a tran-
sient depositional feature (e.g., Droppo and Stone 1994; Bungartz and Wanner 2004).
This paper reports on an in situ experiment on river bed resuspension in a stretch of
lowland river Spree in comparison to a concurrent laboratory experiment. The aim of
this study is to (1) determine erosion thresholds of sediments and benthic particulate P,
(2) determine entrainment rates, and (3) address problems in applying results from
laboratory experiments to riverine conditions.

6.4.2 Material and Methods

Study Site

River Spree, NE Germany, is a medium-sized lowland river with a catchment area of
about 10 000 km2. The river emerges at an elevation of 580 m, and flows for 400 km to
Berlin through several shallow lakes affected by river regulation (Köhler et al. 2002;
Bungartz and Wanner 2004). The experimental site Kossenblatt (14° E, 52°07' N) is

6.4  ·  Phosphorus Entrainment Due to Resuspension, River Spree, NE Germany
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part of a 21.1 km long sixth-order section of the river and represents a slow flowing
(0.1–0.3 m s–1) stretch of the Krumme Spree. The slope of the trapezoid profile is 0.01%,
and the runoff (Q) usually varies between 12 and 16 m3 s–1 at water depths of 1.5–2.5 m
(Bungartz and Wanner 2004).

Methods

In both the in situ and the laboratory experiments, an erosion chamber (Gust 1990),
hereafter called microcosm MC, with spatially homogeneous bottom stress τ, has been
used (Fig. 6.18). Calibration of shear velocity u* (= (τ/ρ)1/2, ρ = density) of the MC has
been conducted using a variety of approaches (Gust 1990; Gust and Müller 1997;
Tengberg et al. 2004).

For the in situ experiment (INS), on 19 May 2005, the MC (i.d. 19.2 cm) was de-
ployed by means of a tripod. A scuba diver adjusted the distance between stirring disk
and sediment surface (8 cm). Required river water feed through was provided continu-
ously by a peristaltic pump at Q = 245 ±1 ml min–1.

For the laboratory experiment (LAB), on 31 May 2005, 20 undisturbed sediment cores
taken with a sediment corer (UWITEC©, Mondsee, Austria) were sliced in the field down-
core into two horizons (0–3, 3–8 cm), pooled and placed stratified into the MC. The
MC was gently filled with ~4 l unfiltered Spree water and kept for 12 days in the dark
at room temperature for consolidation and conditioning, respectively.

In the two runs of the experiment INS and LAB u* ranged from 0.57 to 1.67 cm s–1. It
was incrementally increased every 20 minutes (see Fig. 6.19). Data on turbidity were
recorded continuously (0.1 min–1) by a commercial Forward Scatter Turbidimeter TF

Fig. 6.18.
Experimental arrangement for
the in situ determination of en-
trainment rates due to resus-
pension. The microcosm was
driven as an open system. For
the laboratory experiments a
closed microcosm with a reser-
voir supplying continuously
river water was used instead
of the open river inflow
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10-512 (Optek-Danulat, Essen 1, Germany) with Labview®. An integrated water sample
for chemical analysis was taken for each u* interval. SPM was determined in triplicate
by filtering water samples through pre-weighed cellulose acetate filters (0.45 µm, Sar-
torius, Göttingen, Germany), drying at 105 °C, and weighing again. Means of turbidity
(n = 10) provided the calibration curve for SPM (mg l–1) with (ppm) × ~1.5 = (mg l–1).
50 ml suspension aliquots of LAB 1 were taken at selected u* to determine the sinking
velocity spectra of the resuspended particles. By pipetting 0.65 ml subsamples into a
settling column of 50 mm i.d. and 600 mm length, sinking velocity ws of particle en-
sembles from u* = 0, 0.85 and 1.44 cm s–1 were filmed by a video camera (Sony DCR-
PC110E PAL) and subsequently processed by MATLAB software (Version 2006a) provid-
ing in addition to spectra of ws and aggregate size other derived variables utilizing Stoke’s
Law. For the statistical treatment 14 commensurate ws classes from 50 to 400 m d–1 with
25 m d–1 each were used.

Soluble reactive P (SRP) was determined photometrically (Murphy and Riley 1962)
using a segmented flow analyzer (Skalar Sanplus). Total P (TP) in water samples was
measured as SRP after wet digestion using peroxodisulfate for 2 h at 121 °C and 0.12 MPa.
Total iron (TFe) concentration was analyzed with a flame atomic absorption spectrom-
eter (Perkin Elmer 3300, Rodgau-Juegesheim) after aqua regia digestion.

To study the P distribution for particles size classes and sinking behavior a step-
wise filtration scheme following Shand et al. (2000) was carried out. Four glass settling
tubes (i.d. 4.7 cm, height 30 cm) were filled with river water from four sampling sta-
tions near Kossenblatt (Radinkendorf, 27/28 April 2005) and stored vertically in a large
container filled with river water (for details see Bungartz and Wanner 2004). Upper-

Fig. 6.19.
Course of turbidity for the first
(INS 1) and second run (INS 2)
of the in situ experiment at Kos-
senblatt, 19 May 2005 (upper
panel), and for the first (LAB 1)
and second run (LAB 2) of the
repetition of the in situ experi-
ment under laboratory con-
ditions, 31 May 2005 (lower
panel) at an incrementally
enhanced shear velocity (u*).
The changing concentration of
total P (TP) is plotted for INS 1
and LAB 1. Note that in INS u*
was multiplied by 10, and TP
divided by 10, and in LAB TP
divided by 10
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most 435 ml water were withdrawn at 0 h, after 1, 6, and 24 h. TP and TFe were deter-
mined from an unfiltered aliquot. TP was also determined in filtrates after a step-wise
filtration with 1 µm (PC, Whatman), 0.8 µm (PC, Whatman), 0.45 µm (CA, Schleicher
and Schuell), and 0.2 µm (CA, Whatman) membrane filters giving total dissolved P
(DTP). Particulate P (PP) is the difference between TP and DTP.

Calculations

Since the MC was driven as an open system in INS and LAB, entrainment rates (E) per
step (x) of u* were calculated in terms of a mass balance as follows:

(6.2)

where Lx is the load of x at the outflow (out) and inflow (in) (mg h–1) and A is the area of
the MC (0.037 m2). The individual Lx in Eq. 6.2 was calculated by multiplying the concen-
tration of x (mg m–3) and the water discharge of the peristaltic pump (m3 h–1). The period
of time within the amount of sedimentary resuspendable matter has been exhausted for a
given u* was calculated from the time difference from when the concentration of SPM was
at maximum and the beginning of the respective stepwise increase in u*. The theoretical
particle transport distance was calculated according to Thomas et al. (2001).

6.4.3 Results

In the first run of the in situ experiment (INS 1) there was a remarkable turbidity peak
at the beginning of the first step of u* (0.57 cm s–1). This yielded an entrainment rate of
1.177 mg m–2 h–1, equal to the amount of SPM (9.2% of total SPM) generated in the fifth
step of u* (1.19 cm s–1) with 11.3% of total SPM of this run (Fig. 6.19, upper panel).
Located only about 1 m adjacent to the first site (INS 1), the sediments of the second in
situ run (INS 2) revealed large differences in all parameters determined, yet with a
similar trend in the entrainment curve. The first peak in INS 2 at u* = 0.57 cm s–1 is
identical, but at a much lower entrainment rate (251 mg m–2 h–1). It provided approxi-
mately the same proportion of SPM (12.3% of total SPM) as at the fifth step of u*
(1.19 cm s–1) with 10.1% of total SPM. The stock of easily resuspendable matter form-
ing surface sediments was exhausted after 9 min (INS 2) and 11 min (INS 1), respec-
tively. The time series of TP were identical in their major trend in both experimental
cases, except that the concentration in LAB 1 was higher by a factor of two than in
INS 1. The fraction of particulate P in River Spree inflow water at Kossenblatt amounted
to 74.5% TP. In the course of INS this ratio remained relatively constant, i.e. 66.5 ±7.9%
TP in INS 1 and 67.2 ±7.9% TP in INS 2.

In contrast to the INS runs, no peak in turbidity arose in the laboratory (LAB) runs
at the lowest u*, indicating the absence of flocculent, easily resuspendable material at
the sediment surface (Fig. 6.19, lower panel). The subsequent time series of turbidity
under incremental increases of u* was similar except for the maximum peak of LAB 1
at u* 1.44 cm s–1. For both experimental cases the peak always coincided with the highest
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concentration of TP. The fraction of particulate P in inflowing river water was only
21.8% TP as a result of fast particle settling in the reservoir. In comparison, particulate
P averaged 79.9 ±14.2% in INS 1 and 85.0 ±9.9% in INS 2.

In the experiment LAB, an analog major increase of entrainment with an
increasing u* is found (Fig. 6.20). The entrainment rates of LAB 1 are about two times
higher than those of LAB 2, indicating a reduced heterogeneity compared to the INS
data since aliquots from a pooled sediment sample are used. The shape of the best fit,
almost a straight line, illustrates the absence of easily resuspendable matter at low u*.

Phosphorus entrainment rates also increased with an increasing u*; those of INS 1
and INS 2 differed by a factor of approx. 6, and those of LAB 1 and LAB 2 by a factor
of 1.5 (Fig. 6.21).

The mean values of particle parameters (Table 6.8) did not change significantly with
increasing u* (Fig. 6.19, LAB 1). In the ws frequency distribution the percentage of
particle number was constant with increasing u*. Whereas, in the particle masses the
percentage of light particles in the fractions with lower ws (75–200 m d–1, n = 6
ws classes) decreased from 94.9% at u* = 0 cm s–1, to 86.3% at u* = 0.85 cm s–1, and to
74.3% at u* = 1.44 cm s–1. Inversely, the percentage of heavier particles in the fractions
with higher ws (275–400 m d–1, n = 6 ws classes) increased from 3.3% at u* = 0 cm s–1,
to 4.9% at u* = 0.85 cm s–1, and to 17.9% at u* = 1.44 cm s–1.

The eroded particles, represented as SPM from experiments LAB with their rela-
tively high ws (Table 6.8) cannot move downstream very far prior to subsequent resus-
pension (Fig. 6.22). For example particles with a ws of 225 m d–1 would be transported
over 200 m. Since preferentially particles with a higher ws were resuspended at
u* = 1.44 cm s–1 the higher SPM concentration compared to that at u* = 0.85 cm s–1

decreases faster towards the level of the river Spree water.

Fig. 6.20.
Entrainment rates (SPM dry
weight) vs. shear velocity for
the in situ experiment (INS,
upper panel), and the labo-
ratory experiment (LAB,
lower panel)

6.4  ·  Phosphorus Entrainment Due to Resuspension, River Spree, NE Germany



254 Chapter 6  ·  Sediment-Water Interactions

As a result of the enhancement of SPM concentration (Fig. 6.22) at an u* of 0.85 and
1.44 cm s–1 the in situ TP concentration of river Spree would theoretically enhance from
122 µg l–1 by 6 and 36 µg l–1, respectively.

The stepwise filtration reveals that most P (62.9 ±16.6%, n = 12) is associated with larger
particles (>1 µm) representing the ‘coarse particulate P’ (Fig. 6.23) which is settling rela-
tively fast. TP decreased at decreasing rates of P sedimentation from 3.68 mg m–2 h–1 (af-
ter 1 h), to 0.54 mg m–2 h–1 (after 6 h), and 0.17 mg m–2 h–1 (after 24 h). The same ap-
plies to TFe (Fig. 6.23). The percentage of ‘coarse particulate P’ (>1 µm) in the sus-

Fig. 6.21.
Phosphorus entrainment rates
vs. shear velocity for the in
situ experiment (INS, upper
panel), and the laboratory
experiment (LAB, lower panel)
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Fig. 6.22.
Theoretical particle transport
distance for 15 commensurate
groups of a sinking velocity
spectrum at u* = 1.34 cm s–1

from LAB 1 (Tab. 6.8) and the
decrease of suspended parti-
culate matter (SPM) concentra-
tion after a resuspension event
in the water column of river
Spree (discharge = 16 m3 s–1)
back towards the initial SPM
concentration of 13.14 mg l–1

Fig. 6.23. Results from a step-wise filtration of a water sample taken after 0, 1, 6 and 24 h out of settling
tubes. Since the fractional P distributions among the four sampling stations of river Spree (Radinkendorf,
27/28 April 2005) did not significantly differ, means and standard deviations of n = 4 are shown. Filled
symbols represent total P (TP), cross symbols total Fe (TFe), and open symbols particulate P (PP).
PP fractions are operationally defined as follows: >1 µm = ‘coarse particulate P’ (case A),
<1 … >0.8 µm = ‘fine particulate P’, <0.8 … >0.45 µm = ‘coarse colloidal P’, <0.45 … >0.2 µm = ‘fine
colloidal P’ (case B). Phosphorus <0.2 µm = ‘dissolved P’

pended flocs decreased within 24 h down to 49.3 ±12.9% (case A). Theoretically, the
smaller the particle size in the filtrate the smaller the PP concentration and the slower
its decrease. However, there were no changes in the concentration from the 0 h to the
24 h sample of the ‘fine particulate P’ (16.9–16.1%), the ‘coarse colloidal P’ (23.7–27.6%)
as well as the ‘fine colloidal P’ (34.5–35.7%) which remained on the same level (case B).
The dissolved P (<0.2 µm, not shown) was only 5.9 to 10.2% of TP.
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6.4.4 Discussion

Besides the great variability in the time series and rates within both runs of INS and
LAB experiments (Fig. 6.19), comparison reveals that entrainment of sediment and
associated P is controlled by u* (Figs. 6.20 and 6.21) as well as sediment heterogeneity
and consolidation depending on river bed conditions. Run INS 1 confirms the exist-
ence of a fine-grained fluffy layer at the sediment surface with high water contents
easily eroded, with a low critical u* threshold for resuspension (e.g., Droppo and Stone
1994). The comparison of INS 1 and INS 2 and the LAB runs reveals that such a bound-
ary is indeed a transient depositional feature (Doppo and Stone 1994), related to floc-
culation within the water column and not easy to mimick in laboratory experiments.
In a river experiment, Rhône River, France, it was shown that an observed fluff layer
was mainly representative of recent deposits of originally suspended particles, prob-
ably trapped in the overlying water column during sediment sampling (El Ganaoui
et al. 2004). Thus sampling and transporting sediments undisturbed from field to lab
and then inserting them as cores into flumes poses a difficult experimental task. Aver-
age mass eroded in the LAB runs at same u* was six times higher than that of the INS
runs (Fig. 6.20), indicating a different degree of consolidation of the undisturbed Spree
sediment. A new method of preparing flume cores has to be devised.

Table 6.8 indicates a homogenous particle distribution in the sediment layers expe-
riencing resuspension since homogenization by the peristaltic pump was ruled out.
However, the increasing dominance of heavier particles at an increasing u* suggests a
selective transport and the tendency of higher ws as longer the sediment are exposed
to higher u*.

A high P entrainment arises at low u* (Fig. 6.19, INS 1) from flocculated particles,
initiating batch-wise P burdens and maintaining high percentages of particulate P in
the flow (Fig. 6.23). In concordance with the increase of SPM concentration (Fig. 6.22)
TP concentration can enhance temporarily. However, the resuspended, reprocessed or
remoulded particles, such as detritus or feces, show significantly higher sinking veloci-
ties (Table 6.8) and masses than those from SPM (Fig. 6.22). These findings explain the
large potential distances of particle and P transport known as ‘P spiralling’ varying
between distances of 1 and 1000 m depending on ws and the deposition stress (Gust
and Kozerski 2000) of the sinking-particle distribution (e.g., Sharpley et al. 2003).

6.4.5 Conclusions

Laboratory microcosm experiments using sliced and pooled cores ensure a high repro-
ducibility for particle cycling experiments, whereas in situ experiments describe the
resuspension and deposition behaviors closer to reality. The latter require a larger sample
size due to small-scale sediment heterogeneity. Low flow-generated shear velocities u*
can lead to batch-wise P burdens when resuspending freshly deposited materials of the
fluff layer. Such events would be underestimated in laboratory experiments lacking
this transient storage feature of rivers.
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6.5 Determination of Heavy Metal Mobility from Resuspended Sediments
Using Simulated Natural Experimental Conditions

6.5.1 Introduction

Heavy metal loads in river flows continue to decrease due to better control and pre-treat-
ment of wastewater. However metal release still occurs, e.g., from abandoned mining sites,
diffuse input, and contaminated floodplains. Metals discharged into aquatic systems are
mostly adsorbed on suspended particles and fine grained riverine sediments which are
predominantly deposited in groyne fields and harbor basins. Distribution, mobility and
bioavailability of heavy metals in rivers do not simply depend on total concentrations but,
critically, on their chemical and physical associations and on transformation processes
they undergo. Gradually, contaminant potentials are formed in the sediments, from which
under changing chemical conditions heavy metals can be mobilized (Hong et al. 1991;
Peiffer 1997). Understanding possible mobilization and transformation effects of metals
bound to sediments requires detailed studies of release mechanisms and how they are
affected by hydrodynamic and biogeochemical processes (Calmano et al. 2005).

Anoxic sediment deposits are the main source for a secondary release and the spread
of contaminants (Förstner et al. 1999). The main reason for reduction processes in limnic
and marine sediments is the degradation and mineralization of organic substances through
microbial activity. Oxygen consumption in an anaerobic environment results in forma-
tion of metal sulfides and/or carbonates. These minerals are stable in the sediments until
oxygen becomes available, e.g., by dredging, flood events or tidal streams. These distur-
bances are followed by several simultaneous processes: desorption, diffusion of contami-
nants into the water phase from pore waters, mineral dissolution processes, relocation of
sediment-bound contaminants, and oxidation processes. Oxidation of sulfides produces
sulfuric acid which may lower the pH in micro zones of the sediment, dissolve other
mineral phases, e.g., carbonates, and can lead to the further release of heavy metal ions
(Calmano et al. 2005). A summary of the main factors is shown in Fig. 6.24.

Criteria for the prognosis of the middle- and long-term behavior of metals in sediments
should include the acid production capacity (APC) of the system as well as abilities for neu-
tralizing acidic constituents. In a sediment/water system, the most important reactions
producing hydrogen ions are oxidation of inorganic and organic sulfur-, nitrogen- and
iron-species (Hong et al. 1994). The buffering or acid neutralizing capacity (ANC) may be
attributed to the acid neutralization capacity of the solids and that of the dissolved phase.

Most river sediments are well buffered against acidification, as can be shown by
acid titrations. Dissolution of carbonates occurs at neutral to slightly acidic pH, ion
exchange capacities of clay minerals maximize at pH 5, dissolution of aluminum hy-
droxides begins at pH 4, and the dissolution of iron hydroxides at pH 2. Under certain
conditions mobilization and transfer of sediment bound heavy metals may also occur
at neutral pH, e.g., at changes of the ion concentration (displacement by ion exchange
and/or complexation) or by microbial reactions (methylation).

Dissolved metal concentrations are not only controlled by release reactions but also
by re-adsorption processes on suspended material. In a multi-chamber system the metal
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transfers from anoxic sediments to competitive re-adsorption sites on different sedi-
ment model compounds were studied during oxidation experiments (Calmano et al.
1988). These studies showed that e.g., the transfer of copper to quartz sand and clay
was negligible, a small fraction was transferred to Mn- and Fe-oxides, and the main
fraction could be found adsorbed to algal cell walls representing the organic part of
the sediment.

Calculation of the solubility of heavy metals in reduced sulfidic sediments indicates
supersaturation for most metals, but they were nevertheless available to thin film gra-
dient (DGT) measurement (Naylor et al. 2004, 2006). This suggests that even under
anoxic conditions, there is a dynamic pseudo-steady state where metals are not bound
as sulfides in an inert, insoluble phase, but are released into the pore water and re-
adsorbed onto suspended matter. In the in situ perturbation experiment from Naylor
at al. the pore-water equilibrium was disturbed by inducing a flux from the pore water
to the probe, showing the dynamic response of sediments in the transfer of metals.

6.5.2 Experiments

Sediment Composition

Sediment samples were taken from different locations at the river Elbe, upstream of
the Hamburg Harbor, and in the channels of the Hamburg Harbor. The sampling sites
are shown in Fig. 6.25.

6.5  ·  Determination of Heavy Metal Mobility from Resuspended Sediments

Fig. 6.24. Overview of chemical processes that follow sediment resuspension until the sediment is re-
deposited
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The sediments showed very different calcium contents ranging from 0.5% (site 6) to
10% (site 5). Most of the sediments are rather rich in calcium. As there are no major
sources of calcite in the catchment area, the Elbe sediments were expected to be poor
in calcium. The high contents, therefore, can only be explained by biogenic decalcifi-
cation of the supernatant waters. X-ray diffraction analyses of the upper 6 cm of an
Elbe River sediment core demonstrated calcite and quartz as the main constituents
(Schwartz 2006).

Metal contents were high in the groyne field (sites 1 and 2), but showed slight varia-
tions due to different sampling locations. The measured values in the harbor channels
(sites 3 and 4) were approximately half of the contents directly at the river for all metals.

Sediment Depth Profiles

The sediment used for the experiments described below was retrieved from the sam-
pling site “Schweenssand” (6). It is connected to the main stream that supplies frequent
tidal flooding of the area with short intermediate dry periods. A sediment core was
taken at the sampling site for the later resuspension experiments and cut into cm-lay-
ers to obtain a depth profile of the metal contents of the complete sediment (Fig. 6.26).
Dry sieving of the sediment slices resulted in 3 grain size fractions: Small slug shells

Fig. 6.25. Overview of the different sampling sites at the river Elbe and in the Hamburg Harbor and
some selected metal contents of the sites. (1, 2) Groyne field at Elbe-km 607.7 that was sampled monthly
by several workgrups of the SEDYMO Project. (3) “Oberhafenkanal”, harbor channel close to the
Norderelbe.  (4) “Peutekanal”, harbor channel in Veddel.  (5) Yacht Harbor at the Süderelbe.
(6) “Schweenssand”, a cut-off meander at the Süderelbe
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above 1 mm, quartz sand from 1 mm to 0.063 mm, and the cohesive fine fraction smaller
than 0.063 mm. Metal contents were much higher in the fine-grained anoxic zone of
the sediment (see 4–12 cm), whereas Ca-concentrations were highest close to the sedi-
ment surface.

Experimental Setup for the Resuspension Experiments

To study both short- and long-term processes during sediment resuspension and to
simulate erosion by a flooding event we took an undisturbed groyne field sediment
core from sampling site (6) and transferred it directly from the field into an erosion
apparatus or “water column simulator”, that was developed and supplied by the Insti-
tute of Marine Engineering at Hamburg University of Technology (see Müller et al.
this volume). The sample was taken in December at winter conditions. The water tem-
perature was 6 °C, so the phytobenthic activity was very weak. Freshly collected river
water was used as a supernatant. The chloride concentration of the supernatant water
was 150 mg l–1. The apparatus, equipped with an adjustable stirring unit was placed in
a climatic chamber at a constant temperature of 12 °C in the dark to prevent phytobiotic
activity (Fig. 6.27).

After a consolidation phase of 2 weeks, the upper, mainly oxic layer of the sediment
was eroded and kept in suspension above the remaining sediment core.

The apparatus was open to allow diffusion of oxygen during the experiment.
After 27 days, the total supernatant suspension was removed and transferred to a

separate vessel where it was kept in suspension by continuous stirring and monitoring.
Following this, fresh river water was refilled to simulate the water change that nor-
mally occurs frequently, and a further part of the remaining anoxic core layer was
resuspended to simulate another erosion event without the presence of the upper oxic
sediment layer. This part of the experiment lasted for 14 days.

Fig. 6.26. Depth profile of metal contents at the sampling site for resuspension experiments. The metal
contents were measured without separating grain size fractions

6.5  ·  Determination of Heavy Metal Mobility from Resuspended Sediments
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With the use of the “water column simulator” as an erosion device for natural sedi-
ment, a linking of hydrodynamic and chemical factors was possible. The critical shear
force of erosion for both the oxic and anoxic layer was determined. The suspended
mass was quantified and analyzed, as well as the solute composition. Monitoring of
metal release during erosion provided the amount of metals bound to suspended par-
ticles, the amount of metals dissolved in solution, and by the use of thin film gradient
technique (DGT) the dissolved amount that might be readily bioavailable.

The samples were taken in the upper part of the “water column simulator”, so that
only the fine fraction of the resuspended sediments was measured. During the experi-
ment eroded sand grains or those released from the breakdown of the suspended ag-
glomerates resettled quickly and therefore were not sampled.

6.5.3 Results

Controlled Resuspension of the Oxic Sediment Layer

Critical shear velocity for the initial erosion of 3.4 cm of the oxic sediment layer within
12 hours was u* = 2.23 cm s–1. This shear velocity was kept constant during the first
phase of the erosion (27 days). The metal content of the resuspended sediment from
the oxic layer (Table 6.9) were much higher than the bulk concentrations found in the
corresponding layers of the sediment core. This is due to the higher fine grain content
of the sediment suspension at the top of the stirred column.

The redox potential of the solution as well as oxygen saturation and pH (6.7) re-
mained constant throughout the experiment. Nevertheless, we observed an increase in
sulfate concentration in solution, as well as a decrease of hydrogen carbonate (see

Fig. 6.27.
“Water column simulator”
with inserted DGT devices
before start of the resuspen-
sion, and during resuspension
of the anoxic layer. The inner
diameter of this device is 29 cm
and the used height is 59 cm
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Fig. 6.28), which indicates the presence of reduced sulfur compounds close below the
oxidic sediment water interface. These processes occur quickly in the first three days
of erosion. Obviously the initial small amount of acidity produced is neutralized by the
water alkalinity, since no release of Ca was observed during the first three days. Fur-
ther slow oxidation supplies more H+ indicated by the dissolution of carbonates and
the release of Ca, as noted after day 3.

The Ni and As concentrations in the supernatant solution did not increase during the
actual oxidation phase (first three days), then increased slowly (see Fig. 6.28). This release
is correlated to the carbonate dissolution process. Zn present in solution at the beginning
of the experiment was partially adsorbed on the suspended particles and removed from
the solution. However, Zn concentration in solution increased again after 5 days. We sup-
pose that Zn is released either from the dissolution of mineral phases during the experi-
ment, or from the breakdown of aggregates during the prolonged stirring process.

Controlled Resuspension of the Anoxic Sediment Layer

Critical shear velocity for the secondary erosion of 4.8 cm of anoxic sediment layer within
12 hours was u* = 2.80 cm s–1, indicating a strongly compacted older sediment layer. Here,
the redox value of the solution as well as the oxygen content dropped immediately after
the start of the suspension from an initial value of 220 mV to 20 mV, but recovered within
a day and slowly approached the initial values within 4 days. Oxidation of metal sulfides is
indicated by a strong release of sulfate, whose formed acid consumed part of the hydro-
gen-carbonate buffer and lead to a simultaneous release of Ca. The pH value did not change.
These reactions naturally terminated after day 4 (see Fig. 6.29).

Ca and Ni measured in solution, with the given detection limits of the analytical
instruments, showed a steep increase in concentration following the oxidation reac-
tion, whereas Zn was removed from the solution during the first phase of the oxidation
reaction, as shown in Fig. 6.29. After 24 hours more Zn is released than was measured
in the initial solution concentration. This supports the suggestion of a secondary Zn
release by dissolution of mineral phases and breakdown of aggregates during the stir-
ring process. Arsenic was released from the pore water.

Fig. 6.28. Sulfate, hydrogen carbonate, calcium and metal contents of 0.2 µm-filtrates obtained during
the oxic layer resuspension

6.5  ·  Determination of Heavy Metal Mobility from Resuspended Sediments
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Resuspension of Particle Bound Metals

Resuspension of the oxic layer yielded a concentration of 20 g l–1 solids at the top of the
column measured by filtration. During resuspension of the anoxic layer, 30 g l–1 solids
were suspended. While the core analysis showed lower metal contents in the oxic layer,
the metal contents of the suspended sediments were nearly equal in both resuspension
experiments, as shown in Fig. 6.30. This can be explained by a grain size fractionation:
Only the strongly-contaminated fine fraction of the sediment is retrieved at the top of
the suspension chamber.

Table 6.9 summarizes the amount of resuspended solids and their metal contents.
Compared to the dissolved concentrations, the particle-bound amount was a factor
of 1 000 larger than the amount in solution for Zn, and still a factor of 100 larger for Ni.

DGT Measurements

In a “differential gradient in thin films” (DGT) probe an array of polyacrylamide hy-
drogel with a layer of Chelex 100 ion exchange resin, a diffusion gel layer of defined
thickness and a filter membrane cover is held in a rigid plastic housing that provides a
defined exposure area. Dissolved metal compounds and those bound in small com-
plexes can diffuse through the filter and gel layer and are adsorbed completely at the

Fig. 6.29. Redox potential, oxygen content and significant ion concentrations during resuspension of
the anoxic layer. The right graph shows the metal contents of 0.2-µm filtrates

Fig. 6.30.
Metal contents of the particles
filtered during oxic and anoxic
layer resuspension
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resin layer, where hence the solution concentration is zero. This results in a linear con-
centration gradient through the diffusive layer. The mass of metal accumulated in the
resin is obtained by leaching the Chelex gel with acid and analyzing the leachate. With
the given immersion time of the gel, the exposure area, the thickness of the diffusion
layer and the diffusion coefficient for each metal in the layer the time-average solution
concentration of not or only weakly bound metal species can be calculated (Davison
and Zhang 1994).

DGT can be used to determine the “bioavailable” fraction of metals, since it is as-
sumed that only free dissolved metal ions and those released from labile complexes
pass through the diffusion layer (Tusseau-Vuillemin et al. 2003). Newer studies show
that meta-stable organic complexes can also be determined with DGT, so that the re-
sults have to be interpreted with caution concerning predictions about bioavailability
(Buzier et al. 2006).

The thin film gradient devices were immersed in the suspension for specific time
spans, mostly 4 days. While only Zn, Ni and As concentrations in the suspension fil-
trates exceeded the detection limits of the analytical instruments, more metals could
be detected by the accumulation in DGT devices.

Part of the metals is bound in stable complexes and colloidal particles that pass the
filter but are not detected by the DGT devices, so the concentrations measured with the
DGT method were only 25 to 50% of those determined in the 0.2-µm filtrates.

The DGT-measured metal species showed different behavior (see Fig. 6.31). Zn
follows the solution concentration, whereas the amount of Ni remained constant even
though the solution concentration is doubled in the anoxic suspension.

Cu concentrations increased slowly during the experiment, but more Cu was re-
leased during resuspension of the oxic layer. An increase could also be measured in
solution after day 11.

Cd showed a similar release behavior as Zn, but without the initial re-adsorption
from solution. This strengthens the suggestion that the release process of Zn is slow
due to mineral dissolution by oxidation or de-agglomeration.

6.5.4 Discussion and Conclusions

Erosion of the oxic and anoxic layer of the studied Elbe River sediment needed shear
velocities of u* = 2.20–2.80 cm s–1. These values were rather high compared to other,
non-cohesive inland river sediments normally ranging from u* = 0.3–1.8 cm s–1 (Gust,
pers. comm.). It can be assumed that these compacted groyne field sediments can only
be mobilized by dredging operations.

6.5  ·  Determination of Heavy Metal Mobility from Resuspended Sediments
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During resuspension in the “water column simulator” particle aggregates are bro-
ken down and a separation of grain sizes arises in the column. The gradient of grain
sizes favors the short-term resettling of coarser sand particles and long-term suspen-
sion of the highly contaminated fine fraction of the sediment (“washing effect”).

During the whole experiment the buffer capacity of the sediment was not exceeded
and the pH remained constant at 6.7. The release of SO4

2–, and the consumption of HCO3
indicates acid formation from sulfides during the resuspension of the oxic layer.

Remobilization of heavy metals was affected by different effects. In both resuspen-
sion experiments about 70% of the initially dissolved Zn was immediately adsorbed on
the resuspended sediment particles. During the first day of resuspension of the oxic
layer increase of sulfate concentration indicates the release of acidity, but no rise in the
concentration of dissolved metals was found. Later a very slow increase of Zn and Ni
concentrations were observed in solution. This may be due to the breakdown of aggre-
gates, following weak oxidation processes and dissolution of some metal compounds.
Ca was also released slowly but the carbonate buffer of the sediment was barely influ-
enced by the initial minor acid production.

During resuspension of the anoxic layer Zn and Ni were mobilized parallel to the
production of sulfate and the release of Ca until day 4. While in the case of oxic sedi-
ment the release of metals is slow, in anoxic sediment it is fast and enhanced by the
effects discussed above.

Even at pH-neutral conditions resuspension of the anoxic layer leads to a minor
release of Zn and Ni during the actual oxidation. While the total dissolved concentra-
tions, determined in the 0.2-µm filtrates, were higher during resuspension of the an-

Fig. 6.31. Accumulated metal concentrations during 4 days measured with thin film gradient technique
(DGT). The square light gray dots represent the values of the oxic layer resuspension, the round dark
dots show the values of the anoxic layer resuspension
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oxic sediment layer, the amount of free hexaquo ions and labile complexes measured by
DGT were in the same range for both cases, and for Cu they were only 1/10 of the oxic case.

The results of this study indicate that even at shear velocities that affect only the
oxic layer of sediment and may be caused by tidal movements of the water body in
river estuaries, small amounts of free Zn, Cd and Cu ions are released into the water
body. These release processes are not due to the initial resuspension process, but de-
velop in a time span of more than a week. It can be assumed that this slow release is
mediated by the breakdown of aggregates, desorption and dissolution of incorporated
metal compounds.

This results can be seen as a link to further delayed release processes (Fengler et al.
1999). In case of resuspension of anoxic sediment layers, the release process of heavy
metals is governed by the initial oxidation process. Although no pH change could be
measured, more acid is produced, followed by ion exchange processes at the sediment
matrix. The oxidation of sulfides to sulfate happens rather fast, the main part is oxi-
dized within two days. The metals release is low, because there is no change in the pH
during the process. The complete release of heavy metals from suspended sediments
can be summarized in three steps: (1) Immediate release from oxidation and matrix
exchange processes. (2) Mid-term release from the oxidized resuspension, probably
caused the physical breakdown of agglomerates. (3) Delayed long-term release by acidi-
fication if no sufficient buffer capacity is available (Fengler et al. 1999).

Although the first two processes only lead to very low dissolved concentrations of
heavy metals, compared to the amount bound on resuspended sediment particles, a
repeated leaching of sediments that undergo frequent suspension-deposition-cycles,
such as the upper oxic layers of harbor basin sediments, may contribute significantly
to the heavy metal load released and spread in the water body.
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Chapter 7

The transport of cohesive sediments is poorly understood and difficult to model. Four
papers in this chapter highlight quite different aspects of the transport phenomena,
show the need of future research and present some approaches, how a better insight
can be gained using natural tracers.

The first paper provides a working theory that is based on more than fifteen years
of intensive fieldwork in small mountainous basins, where most of the controlling factors
could be studied in detail. The three following papers focus on the aspects of pre-event
conditions, floodplains as particle sinks and the situation in the estuarine zone.

Most of the cohesive material is event and supply controlled, and therefore reflects
properties of its sources. The most important groups of sources are top soil and river
bottom sediments. Deposition occurs when the bottom shear stress is less than the criti-
cal shear stress. There are at least three quite different controlling situations for this pro-
cess: (i) The kinematic wave effect shifts material under transport from the peak of the
flood wave to the recession limb, while the rising limb picks up new material. Therefore
transported cohesive sediments can change their properties completely. (ii) A decrease in
runoff and an increase in roughness result in immediate deposition of material, as it is the
case on floodplains. Roughness is the explanation for the importance of the microrelief.
(iii) A general decrease of flow velocity, which helps the rivers to build up a delta at the
coast or accumulates mud in river harbours, with potentially high loads of contaminants.

Deposited particles can both be disconnected from the system for centuries, and
build up a new source for the next event. That is one of the reasons, why the temporal
variation of particle characteristics is so high, and why it is so important to understand
the pre-event conditions.

Most floodplains represent the long term memory of the particle transport of a
river. But situations might change, and floodplains may be eroded again.

The situation on floodplains is more an exception than the normal case. As flood-
plains are only reached by extreme events and fall dry thereafter, the material can be
embedded into the matrix by plants of cultivation and is thoroughly fixed. In estuarine
environments the deposited material can be remobilized merely by a change of the
flow direction, which can happen twice a day. This material is hardly fixed and belongs
to the fluffy layer on top of the bottom sediments. This situation is similar to the par-
ticle transport in small rivers during dry weather flow.

There is a common bond of all four papers. The authors used chemical character-
istics e.g., trace metals, major ions or organic contaminants to understand the behavior
of cohesive sediments.

Transport Indicators

Wolfhard Symader
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7.1 The Relevance of River Bottom Sediments for the Transport of Cohesive
Particles and Attached Contaminants

7.1.1 Introduction: Source and Transport Indicators

The understanding of the transport of cohesive sediments in flowing waters is one of the
major tasks in fluvial hydrology. The bulk of material is transported during events as sus-
pended particulate matter, but a continuous exchange with the river bottom and its interac-
tion with the transport mechanisms of coarse material make it difficult to distinguish be-
tween different processes. From the water chemistry point of view highest concentrations of
dissolved solids normally occur under dry weather flow conditions, when the concentra-
tions of suspended particulate matter are lowest and the river bottom is supposed to be-
have as a sink. What is insignificant for the transport of most of the material can be crucial
for understanding the fluxes between water body, suspended particles and river bottom.

Based on a simplified concept of sources, sinks and transport, the first detailed inves-
tigations that went beyond quantitative aspects concentrated on the sources of material.
Bierl et al. (1996) and Walling (1996) pointed out that suspended particle concentrations
are mostly supply controlled. Therefore identifying the type of material leads to the source,
and knowing the source gives the opportunity to investigate the mechanisms of activa-
tion. By comparing selected properties of sediment samples with potential parent mate-
rial it was assumed that both type and location of particle sources can be identified. An
excellent review on tracing suspended sediment sources is given by Walling (2005).

Fingerprinting Source Materials

Peart (1989) cites three main difficulties in using fingerprinting techniques. These are
(i) enrichment of suspended matter in fines and organic material relative to its source,
(ii) transformation of sediment properties within the fluvial system, and (iii) storage and
subsequent remobilization of material. However, the main challenge is to select appropri-
ate characteristics.

Characteristics suggested for the determination of type and location of suspended
particles can be appointed to three groups of variables. The best characteristics are
those which play the role of a key fossil. It must be possible to attach them clearly
either to a known location or to a defined type of sediment source. They should be
time invariant and not influenced by intermediate factors such as grain size distribu-
tion. The mineralogical composition, which is used for the determination of the loca-
tion of sources, belongs to this group. This approach has a long tradition in geology
and helps to understand the structure of profiles. Müller and Förstner (1968) analyzed
clay minerals in suspended material and could detect paragonite in twelve samples of
the rising limb of a summer flood in the river Alpenrhein, which came from a local
source. The application of mineralogical fingerprints, however, is restricted to hetero-
geneous catchments with differences in the subsoil lithology.

A promising set of indicators for different bedrocks can be gained from natural radio-
activity, e.g. Thorium, but access to an efficient laboratory is required (Olley and Murray
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1994). The color of suspended sediments was used by Grimshaw and Lewin (1980) and
Imeson et al. (1984). In spite of some problems in quantifying local properties particle color
is a useful parameter for examining variations. Using the colors brown and gray Grimshaw
and Lewin (1980) could distinguish two different soil types, whereas Imeson et al. (1984)
attached a gray color to material which entered the river together with interflow water.
Brown (1985) suggested the use of pollen. This method has advantages as well, because
pollen and spores have high decay rates. If pollen are found in suspended sediment, the
material probably comes from eroded topsoil and if the vegetation cover shows no mosaic
pattern but can be regionalized, it must be possible to locate the sediment source. On the
other hand this method takes a lot of effort and experience. A common disadvantage of
all these variables is that they can only be used under favorable conditions.

A second group of characteristics refers to chemical properties well aware of the pos-
sibility that the material may be considerably transformed during the transport down-
stream. Particle associated major ions, heavy metals, organic trace substances or biologi-
cal characteristics as the number of germs (Matson et al. 1978), chlorophyll (Strunk 1993),
biomass or the identification of certain types of detritus (Gilvear and Petts 1985) can be
used in all kinds of catchments. Gallé et al. (2004) adopted the FTIR-DRIFT technique to
document changes in sediment composition. The main difficulty in using chemical char-
acteristics is their high temporal variation and the poor knowledge of the processes that
are responsible for this.

Relations between Sources and Hydrological Processes

The third group of variables utilizes the investigation of hydrological processes to
identify sediment sources. The relation of dissolved zinc, iron and manganese to the
first increase of a flood wave due to the remobilization of fluvial sediments belongs to
this category. Grimshaw and Lewin (1980) investigated details of the sediment-dis-
charge relationship, while Imeson et al. (1984) used the position of the sample on the
hydrograph. This approach looked very promising, but can only be applied, when ki-
nematic wave effects can be excluded.

Investigating particle properties provides an excellent insight into the dynamics of
particle transport. It pointed out the importance of sources and showed how complex
the temporal patterns during a flood event can be. However, striking results on a local
level could not compensate the lack of finding general structures that are needed for
modeling the process. It took additional ten years that hydrologists and sedimentologists
started to look at the major sinks, especially the floodplains. The need for changing the
angle of research was enhanced by the increasing importance of valuable data on sedi-
ment budgets and a growing awareness about the role of floodplains in material fluxes,
contaminant storage, ecological response and carbon cycling. Even river basin man-
agement cannot be accomplished without a better understanding of floodplains.

Floodplain Sediments

Again scientific research started with a quite simple concept. Floodplains are supposed
to be natural sinks with low deposition rates and small, more or less continuous spatial
variations. Walling et al. (1992) reported of deposition rates between 0.14 and 0.5 cm
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per year. Howard (1992) modeled floodplain deposition on the basis of three main
assumptions: coarse material is deposited near the riverbanks, deposition decreases
with distance from the river and with the altitude of the floodplain. Nanson and Croke
(2002) reviewed some of the main challenges in floodplain research.

Floodplains are not always in a quasi equilibrium with their environment, which
means that periods of sedimentation are interrupted by floodplain erosion. The ques-
tion of equilibrium is connected to the problem of extreme events, which can build up
or destroy floodplains.

But scale problems are not restricted to temporal aspects. Investigations of sedi-
mentation rates on field plots near the river banks often show constant sedimentation
rates dominated by sedimentation during high winter floods. However, sedimentation
may start at the tributaries and not at the main channel. In this case the whole basin
has to be considered and highest rates can be found in the backwater areas.

High sedimentation rates do not correspond always to high inputs in fines and
nutrients. Thoms et al. (2000) reported highest concentrations of organic carbon, total
nitrogen and phosphorus in distal areas and not near the rivers. The main source is
light organic debris forming a “bath tub ring” (this excellent descriptive term for the
phenomena was given by Thoms at the IAHS symposium 2000 in Waterloo) around
the borders of a floodplain area. The distribution and structure of vegetation has a
marked effect on transport and sedimentation of solid material also. Besides vegeta-
tion is a major source of organic material.

Today floodplain research is an interdisciplinary topic that reaches far beyond the
aspect of a major sink for material. Contrary to the aspect sources, where research
progress has become slow, floodplain research is a highly active field.

Transformation during Transport

There is no dispute about the general question, whether channel sediments play an
important role in the transport of particle associated contaminants, the rates of ad-
sorption and desorption or the counteracting processes of accumulation and remobi-
lization within a river. The spatial distribution of sediment associated environmental
pollutants is well documented in a large number of case studies. However, compara-
tively little attention has been paid to the temporal variations of river bottom sedi-
ments. Even in a primer on sediment-trace element chemistry (Horowitz 1991) infor-
mation about the spatial aspects of sampling design only can be found. Horowitz (1991)
states that one advantage of sampling bed sediments is its less marked spatial and tem-
poral chemical variability in comparison to suspended sediments. Data of several large
rivers prove this point. Knox (1989) claims that sediments only move during major
events, separated by periods of high stability. Very often it is suggested that sediment
samples for environmental analyses should be taken after a long period of low flow at
the end of the summer, because pollutants tend to accumulate in the sediment during
the year. Förstner and Wittmann (1979) point out that only two important factors must
be taken into account, when stream samples are used for the identification of pollu-
tion sources: the conditions of high water discharge and the influence of particle size.
Although movements of bed load are both investigated in the field and in the laborato-
ries and described by a number of hydraulic models, it seems to be a common assump-
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Fig. 7.1.
Area under investigation

tion in water quality studies that the situation at the river bottom remains more or less
constant or changes only gradually.

In order to replace assumptions by real facts an extended sampling program was
started with a pilot study in 1991 and established in 1993 in order to understand the
temporal behavior of river bottom sediments in small mountain rivers.

7.1.2 Case Studies in Small Mountain Rivers

Area under Investigation

The basins of the Kartelbornsbach, Olewiger Bach and Ruwer cover an area of about 3,
30 and 300 km2, respectively (Fig. 7.1). They are heterogeneous in land use, and to a
certain degree in geology as well. The Kartelbornsbach is a limestone basin. Bedrock
of the Olewiger Bach and the Ruwer is dominated by Devonian shalesand quartzites.
Each river is polluted by sewage that comes from effluents of small villages and dispersed
clusters of houses. As the basins are representative for many mountainous landscapes in
Germany and even in West-Europe, the results can be transferred to other regions.

Results and Discussion

One of the general assumptions concerning the temporal changes of sediment character-
istics at river bottom was, that a complete mixing during winter removes most of the fine
material and dilutes the concentrations of sediment associated contaminants. During sum-
mer and even more during the low flow periods in autumn sediment material is supposed
to be deposited and built up, until the first high floods in winter start a new cycle.

The time series of the hydrophobic polycyclic aromatic hydrocarbon (PAH)
benzo(ghi)perylene, measured at a station in the upper part of the Olewiger Bach

7.1  ·  The Relevance of River Bottom Sediments for the Transport of Cohesive Particles
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Fig. 7.2.
Weekly sediment samples
(<63 µm) of the Olewiger Bach

(Fig. 7.2) do not fit to these assumptions at all (Schorer 1988). To begin with the tem-
poral variation is high and makes it difficult to detect an annual cycle. Secondly, in
1994 one can observe a level of higher contents from May to December which is inter-
rupted by several short-term peaks. One year later in 1995 higher concentrations of
the PAH are confined to a period from May until September. A continuous deposition
and an enrichment during autumn could not be found.

The difference between the two graphs goes back among others to a severe reduc-
tion of waste water effluents in summer 1995. But this suggests that polluted sediments
can be mobilized during dry low flow conditions, and consequently the plateau in 1994
reflects an equilibrium between deposition and remobilization. This interpretation is
supported by field observations and an investigation of suspended particulate matter
during dry weather flow. Using particle color, Udelhoven et al. (1997) found out that
most of the suspended particles which are transported under dry weather flow condi-
tions originate from the river bed and are inorganic. Symader et al. (1997) could show
that the observed concentrations of organic pollutants are the result from the two
counteracting processes of depositing and removing polluted particles.

Comparisons of time series at two stations of the Kartelbornsbach, which are sepa-
rated by a traveling distance of about 200 m gave first information about the traveling
velocity of material. Organic contaminants mostly enter the river and are transported
as pulses. Figure 7.3 shows that in most of the cases the traveling velocity of the PAH
acenaphthylene is about one week. However, most of the major ions and heavy metals
need several weeks for the same distance. So it can be assumed that organic contami-
nants are associated to particles of a fluffy high mobile upper layer, while heavy metals
are more evenly distributed in the vertical profile.
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Fig. 7.3.
Acenaphtylene in weekly
sediment samples of the
Kartelsbornsbach

Fig. 7.4.
Moving window correlations
between major elements in
sediment samples of the
Kartelbornsbach

Koll and Dittrich (1998) carried out laboratory experiments in a tilting flume, where
they fed fine gravel over an armored layer. They could show that the feeding material re-
placed parts of the old material, and up to 25% of the feeding material remained embedded
within the bed surface. The armored layer was not destroyed during this process. These
experiments indicate that replacement is an alternative to mixing processes, and need less
transport energy. But there are still two open questions. The high temporal variability of
particle associated solids in channel sediments have to be explained either by changing
particle sources or by changing transport mechanisms (Symader and Bierl 2000).

Calculating the coherence spectra between different elements reveals several groups of
elements with similar behavior (Symader and Bierl 2000). They are Calcium and Magne-
sium, as was expected in a limestone area, organic carbon, nitrogen and phosphate with

7.1  ·  The Relevance of River Bottom Sediments for the Transport of Cohesive Particles
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Fig. 7.5.
Artificial flood wave at two
sampling stations (1, 2) of the
river Ruwer

its dominant proportion coming from the sewage plant, and iron and potassium and only
for the long periods copper. For a detailed analysis of short term variation Pearson cor-
relation coefficients were calculated using a moving window of twelve weeks that moves
forward in steps of four weeks. Some of these results are shown in Fig. 7.4.

Calcium and magnesium show an inverse relationship to all other solids. Their
medium concentrations are characteristic for bedrock material. The lowest concentra-
tions correspond either to the maxima of iron and potassium or a sediment highly
enriched in organic material. Top concentrations are found in autumn and late sum-
mer, when water temperature is high and conditions for bioprecipitation are favorable.

Detailed analysis of the temporal pattern of organic carbon and nitrogen indicated
that the major source is periphyton and not sewage, as was previously assumed. But
periphyton acts as a filter for the very fine particles and that is why there are good
correlations with phosphate and zinc. Iron and potassium originate predominantly
from top soil but are enriched by periphyton as well.
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The identification of sources explained the varying composition of material, but not
the temporal variation. A valuable insight provides the investigation of Kurten-bach  et al.
(2005) about the kinematic wave effect on the transport of particulate matter. In 2001 the
water works of Trier released water from their drinking water reservoir into the river
Ruwer inducing a flood wave (Fig. 7.5). At the sampling station (1) the flood wave consists
of released water, as the sharp decrease in electric conductivity indicates. The impact of
the wave destroyed the armored river bed and mobilized some material from the river
bottom. At station (2), which was situated 3 km downstream, flood wave and water body
have decoupled and the wave consists of old water.

But more interesting is the graph of the particle concentrations. The sharp single peak
has vanished and is replaced by two minor peaks with one on the rising and one on the
falling limb of the wave (Fig. 7.5 a,b). Due to the kinematic wave effect the material that
is transported lags behind the wave and part of it is deposited, when the transport capac-
ity falls below the critical value to keep the material in suspension. At the same time the
front of the flood wave can pick up new material. Although this is a continuous process
the heterogeneity of the river bed with areas rich and poor in fine material leads to peaks
or pulses of material.

The temporal variation of river bottom sediments under the fluffy layer is dominated
by flood events. It is both a matter of sources within the channel and within the basin, the
conditions for deposition, e.g. occurrence of macrophytes and periphyton, and it goes
back to the kinematic wave effect. Particulate material is not transported downstream
over a long range. The material that is collected comes from the direct vicinity of the
sampling station. The dominant process of transport is deposition and remobilization at
short intervals.

To understand the microstructure of the process a continuous monitoring is required.
Therefore an acoustic monitoring device was developed, where submersed microphones were

7.1  ·  The Relevance of River Bottom Sediments for the Transport of Cohesive Particles

Fig. 7.6.
Temporal variations of the
spectrograms of acoustic
signals during an artificial
flood wave



278 Chapter 7  ·  Transport Indicators

attached under steel plates that could be fastened to the river bottom. A location was chosen,
at which the steel plate was neither buried nor dug out. In Fig. 7.6 the results of an artificial
flood wave at the Olewiger Bach are shown. Each line represents a spectrum of the overall
noise. In order to handle the data monitoring was condensed to five spectra per second.

Figure 7.6 indicates that the transport of material starts very abruptly with the front of
the wave. The macrostructure consists of three main centers of activity (B, C and E). The
main burst of material in section C consists of at least three subunits, and each subunit is
built up by a change between high and medium activity. This gives the whole figure the re-
semblance of a layered structure. During natural events this mechanism is overlaid by all the
material that is washed in from the basin. Time series of turbidity measurements indicate
that this a continuous process with changes due to the exhaustion of sources and the
tapping of new sources with changing flow paths during the runoff generation process.

Conclusions

In mountainous regions high temporal variations of particle properties and sediment
associated contaminants show, that the channel sediment is a highly dynamic agent of
transport, where deposition and remobilization take turns at short time intervals. Con-
sequently, to get a comprehensive insight into the transport of particles and particle
associated contaminants, sediments should be investigated together with the water body
and suspended matter. There is a vertical gradient at the river bottom with a fluffy layer
on top, a well mixed layer below and bedrock material that is only moved during cata-
strophic events. The transport of particles is mainly controlled by the activation of par-
ticle sources and the kinematic wave effect that leads to a discontinuous process, when
most of the transport happens during single pulses. These results should be transfer-
able to most of the basins in low mountain regions, but probably not to lowland rivers.
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7.2 Pre-Event Hydrological Conditions As Determinants for Suspended
Sediment and Pollutant Transport during Artificial and Natural Floods

7.2.1 Introduction

Aquatic fine particles control river water quality both chemically and physically, because
they carry a major amount of heavy metals and hydrophobic organic contaminants (Evans
et al. 1990; Gallé et al. 2004; Yu et al. 2001) and their accumulation can have a negative
impact on benthic habitats (Broekhuizen et al. 2001; Greig et al. 2005). As the transport of
these fine particles and the associated pollutants is mainly supply controlled (Bierl et al.
1996; Walling 1996), the focus should be on the investigation of flood events and discharge
related transport phenomena. The numerous processes which determine the suspended
matter and particle bound pollutant transport during natural floods can be classified into
those acting in the river basin and those operating in the channel system. The superimpo-
sition of both groups during natural floods impedes the interpretation of water quality
dynamics at monitoring sites. However, extracting significant processes for fine particle
and pollutant mobilization and assessing the relevance of in-channel and basin processes
are prerequisites to elaborate sustainable water quality management strategies.
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Thus, the objective of our study is to analyze the in-channel related processes on
their own and to characterize the ruling factor “pre-event hydrological conditions” for
suspended matter and particle bound pollutant transport. Therefore, two strategies
have been adopted:

1. First, apart from analyzing numerous natural floods, artificial flood events were
generated in order to investigate in-channel transport dynamics. The outstanding
advantage of these artificial flood waves is that some of the governing processes can
be excluded or steered by the experimental design. This includes, for instance, hy-
draulic boundary conditions such as the total and peak discharge or the duration of
the event. Additionally, the variability of chemographs and hydrographs during the
artificial floods can be traced back to the preceding base flow, the activation and
exhaustion of a few in-channel sources as well as the composition and amount of
the introduced water.

2. In a second step, maximum pollutant concentrations, suspended matter transport
and particle characteristics measured during single artificial and natural flood events
were related to hydrological and hydro-meteorological pre-event conditions such as
previous number of floods and antecedent precipitation.

7.2.2 Area of Investigation

The study area is the heterogeneous Olewiger Bach basin which covers an area of 35 km2.
The basin is situated in the northern Hunsrück Mountains nearby the city of Trier,
southwest Germany (Fig. 7.7). Devonian schist in combination with quartz and dia-
base veins dominates the underlying bedrock of the basin. Pleistocene terraces of the
river Mosel overlie the geological structures in the northern part of the basin. Land use
is mainly agriculture with permanent pasture in the valleys and arable farming on the
broad ridges. North- and east facing slopes are predominantly forested and some south-
facing slopes in lower reaches of the basin are cultivated with vineyards. Settlement

Fig. 7.7. Map and characteristics of the investigated Olewiger Bach basin
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areas cover around 10% of the basin (Fig. 7.7). Runoff from several roads, effluents
from small industries and untreated waste water from solitary farms influence the river
water quality. The cross-sections of the Olewiger Bach, some of them anthropogenically
influenced, are predominately rectangular shaped with a large width/depth ratio and
vertical river banks in argillaceous material. Channel slope between the waterworks
and station Weingut (Fig. 7.8) amounts to approximately 2.0% and between station
Weingut and gauging station Olewig-Kloster to 1.4%.

7.2.3 Material and Methods

Natural and artificial flood events have been investigated over a wide range of hydro-
logical conditions during various years (e.g., Krein 2000; Kurtenbach et al. 2005). Dis-
charge and precipitation were recorded continuously in the basin. In cooperation with
the Trier municipal waterworks, the artificial floods were generated by a waterworks in
the channel of the Olewiger Bach (Fig. 7.8). The discharged water was pumped through
a pipeline from a drinking water reservoir in the neighboring Ruwer basin. It is charac-
terized by low electrical conductivity values (approximately 75 µS cm–1) and low sus-
pended matter concentrations (approximately 2 mg l–1).

During the natural floods water samples were taken midstream by two liter poly-
ethylene bottles and suspended matter was collected by 20 liter containers at the main
gauging station (Fig. 7.8). During the artificial floods this sampling was extended to
additional stations along the brook axis (Fig. 7.8).

The measurement program encompasses particle associated heavy metals, polycy-
clic aromatic hydrocarbons (PAH), nutrients as well as suspended matter concentra-
tion, organic carbon content, C/N ratio and grain size distribution. During the sam-
pling procedure, temperature-compensated (at 25 °C) electrical conductivity and tem-
perature were measured in situ using a WTW conductivity meter. Suspended matter
concentrations were determined gravimetrically by filtering a water sample over a
WHATMAN GF/F glass fiber filter. The suspended matter was separated by centrifu-
gation, freeze dried and homogenized in an agate mortar. For heavy metal analysis,
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Fig. 7.8.
Map of the sampling locations
along the brook axis of the
Olewiger Bach
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bulk suspended matter was digested with concentrated nitric acid for 6 hours under
pressure at 170°. Subsequently, selected particle bound heavy metals (lead, copper, zinc,
iron, manganese) were measured with atomic absorption spectroscopy (VARIAN-
SpectrAA-10 and VARIAN-SpectrAA-640 GTA100). The analysis of the effective par-
ticle size area distributions were performed without pre-treatment directly out of the
water samples using the stream laser system GALAI CIS-1 (Aharonson et al. 1986).
Nitrogen and total carbon were determined by a LECO CHN 1000, the Corg-content
with the LECO RC-412 element analyzer. The polycyclic aromatic hydrocarbons (PAHs;
16 US-EPA) were solvent extracted and measured with gas chromatography/mass-spec-
trometry (GC HP5890II – MSD HP5970-B) in SIM Mode. A detailed description of the
organic analyses is provided by Krein and Schorer (2000). Reference materials were
analyzed for both inorganic and organic substances to meet analytical quality assur-
ance standards.

7.2.4 Results and Discussion

The results of both the artificial and the natural floods reveal the considerable role of
pre-event hydrological conditions in quantitative and qualitative suspended sediment
transport dynamics in the Olewiger Bach basin.

Fig. 7.9.
Sediment exhaustion processes
during double peaked artificial
floods in the Olewiger Bach
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Figure 7.9 depicts the dynamics of suspended matter transport during two double
peaked artificial flood events at gauging station Olewig-Kloster, 3.2 kilometers downstream
of the waterworks inlet. The introduced discharge during the events was 280 l s–1 for 30 min
on 02.06. 2004 and 140 l s–1 for 30 min on 06.07. 2004. During the first discharge peaks
the suspended matter concentration increases up to 360 mg l–1 and 86 mg l–1 respec-
tively due to an in-channel erosion of sediments and bank material. Weakly consoli-
dated sediments and easily erodable particles are exhausted during these first flood
waves. Thus, despite the same shear stress during the second discharge peaks, the sus-
pended matter concentrations increase only up to 188 mg l–1 and 55 mg l–1 respectively.

These results indicate that dependent on the location of available erosion material
the quantity of suspended matter transport at a specific monitoring site is strongly
influenced by in channel pre-flood conditions. This impedes a simple correlation be-
tween suspended matter concentration and discharge considerably.

The increasing discharge during the artificial floods is responsible for the mobili-
zation of coarser particles, coming along with a decreasing percentage of transported
particles <2 µm (Fig. 7.10a). This reduction in the relative amount of the finest par-
ticle size fraction is an important key factor for the typical decrease of specific heavy
metals observed during numerous artificial floods, as shown in Fig. 7.10b by particle bound
copper and zinc. However, during both events minimal copper and zinc contents vary
marginally and lie more or less within the analytical relative standard deviations (be-
tween 5 to 6% for both metals), indicating that in contrast to the quantity of suspended
matter, in-channel pre-floods are less important for suspended matter quality dynamics.

Fig. 7.10.
Dynamics of the effective par-
ticle size fraction <2 µm (a)
and the particle bound copper
and zinc content of bulk
suspended matter (b) during
the double peaked artificial
flood on 02.06. 2004, sampling
site Weingut, 1.5 km down-
stream of the waterworks
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Natural flood waves are the result of many interrelated processes (Krein 2000). Ac-
cording to the ecotoxicological risk potential, maximum pollutant contents during such
natural floods are of particular importance. Lee et al. (2002) for instance could not
identify a correlation between the first flush, during which the concentration of pollut-
ants is substantially higher than during later flood stages, and the antecedent dry weather
period. Blake et al. (2003) and Hewitt and Rashed (1992) however identify a higher
dependency among concentrations of specific heavy metals during storm events and
antecedent hydrological conditions.

The importance of basin wide antecedent conditions for the suspended matter quality
in the Olewiger Bach basin is illustrated in Fig. 7.11. Every dot in Fig. 7.11a character-
izes the relationship of the maximum particle bound zinc concentration during an
artificial or a natural flood event to the ten day pre-rain amount. During natural floods
the maximum zinc concentrations decrease with increasing pre-rain amount. In con-
trast, during the artificial floods the decrease of heavy metals owing to the mobilization
of larger particles as shown in Fig. 7.10 always leads to low zinc concentrations, even in
times of low pre-rain-amounts (Fig. 7.11a). Thus, it can be assumed that the sources for
high zinc concentrations during the natural floods are located outside the river network.
Particle-bound zinc originates predominately from streets and roof surfaces (Ellis and
Revitt 1982; Hillenbrand et al. 2005). These sources are often hydraulically connected by
storm sewer systems to the main tributary and probably be characterized by a rapid source
exhaustion. However, the decrease mainly occurs if the source of the examined water
quality constituent is spatially constricted and easily erodable. Additionally, the concen-
trations of the source pool must be significant higher than the typical background con-
tents within the catchment area. A good example for an element of mainly lithogenic
origin is iron with small local enrichments or dilution after dry weather flow conditions
and geochemical background values following wet hydrological conditions (Fig. 7.11b).

Fig. 7.11.
Maximum particle bound
zinc (a) and iron (b) concen-
trations during single artificial
and natural floods versus
antecedent precipitation
amount for 10 days, gauging
station Olewig-Kloster, 3.2 km
downstream of the waterworks
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Figure 7.12 shows, that the dynamics of the maximum particulate carbon content
stands between zinc and iron dynamics with a high variability during artificial floods
and a decrease during natural floods following wet antecedent conditions. This be-
havior can be attributed to possible in-channel sources of organic carbon comprising
for instance the seasonal dependent and anthropogenically influenced growth of
natural biofilms (Gallé et al. 2004; Schorer and Eisele 1997). During natural floods
however, the low density organic matter is rapidly eroded and exhausted with in-
creasing pre-rain.

Apart from inorganic pollutants such as the heavy metal zinc, pre-event hydrologi-
cal conditions influence the dynamics of organic contaminants too. Every dot in
Fig. 7.13 illustrates the relationship of the maximum suspended matter bound
Benzo(ghi)perylene concentration during an artificial or natural flood to the previ-
ous number of flood events. The maximum Benzo(ghi)perylene concentrations de-
crease with increasing number of prior floods. The lower concentrations during the
artificial floods again indicate the importance of specific basin sources for this pol-
lutant. However, one natural flood differs from the general behavior (marked by the
letter a in Fig. 7.13). Prior to this specific natural wave a drizzle with 3 mm pre-rain
within 24 hours occurred which did not result in a flood at the gauging site. Such
minimal events in a river basin are often only recognized as a suspended matter cloud
with very high contents of pollutants. The first flush mobilized the sources in the
catchment area and partially removed the toxic Benzo(ghi)perylene.  Sealed
anthropogenic areas – sources for PAHs (Brown and Peake 2006; Evans et al. 1990;
Krein and Schorer 2000) – are cleaned and only small concentrations were identified
in the following flood events.

Fig. 7.12.
Maximum particulate carbon
content of bulk suspended
matter during single floods
versus antecedent precipita-
tion amount for 10 days,
gauging station Olewig-Kloster

Fig. 7.13.
Maximum concentrations of
the particle-bound PAH
Benzo(ghi)perylene in single
flood events versus the
previous number of natural
flood events for 7 days,
gauging station Olewig-Kloster
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7.2.5 Conclusions

The detailed analysis of artificial and natural floods was proved to be a powerful ap-
proach to elucidate the relevance of both in-channel and basin wide pre-event hydro-
logical conditions for transport dynamics of suspended matter and particle bound
quality constituents.

Three central conclusions can be drawn:

a In-channel antecedent hydrological conditions control the amount of available ma-
terial. River basin pre-event conditions additionally affect suspended matter com-
position and particle bound contaminants.

b By comparing suspended particles from natural and artificial floods it can be shown
that specific heavy metals and PAHs are flushed into the river and are less remobi-
lized from river bottom sediments.

c Changing pre-event conditions impede simple relationships between discharge and
suspended matter concentration and composition.
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7.3 Transport and Storage of River Sediment and Associated Trace Metals
into Floodplains of the Elbe

7.3.1 Introduction

One of Europe’s most polluted rivers in the last half century was the river Elbe with
its tributaries, which was severely affected by human activities. The worst inputs
came from the former GDR and Czechoslovakia, where environmental precautions
were almost non-existent. For many years industrial effluents and sewage were
discharged into the river untreated, resulting in a strong reduction of the ecosystem.
Owing to the construction of sewage treatment plants and especially the closure
of several factories, the water quality of the river Elbe has greatly improved since
German reunification in 1990 (e.g., Wilken et al. 1994; Schwartz et al. 1999). Never-
theless, the river sediments still contain pollution from the past, and will continue
to be contaminated until the material is remobilized by high floods and transported
downstream (Förstner et al. 2004). In contrast to most other European rivers, the
river Elbe still has extended floodplains that are valuable biotopes and reduce the
consequences of high flooding. The floodplains are regularly flooded, mainly in
winter and spring because of heavy rainfalls and/or the snow melt in the low
mountain range. River sediments are deposited on the floodplains during flooding,
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forming the substratum for soil formation. After being covered with plants the sedi-
ments are in general resistant to erosion, so that deposited contaminated material is
retained in the floodplain much longer than in the river itself. Therefore, the alluvial
soils within the floodplain can be regarded as to be the river’s long-term ‘memory’ of
sediment pollution.

As part of the river-floodplain system, wetlands have a valuable function in control-
ling surface and subsurface hydrological processes, such as by controlling flood water
and groundwater recharge. During inundation an exchange of water, sediments, chemi-
cals and biota takes place between the main channel and the floodplain. Organic and
inorganic toxicants in surface waters can be transferred to floodplains and the ground-
water, and can lead to unfavorable changes in aquatic and terrestrial communities.
Furthermore, as floodplains are often used in agriculture as pastures and for cultiva-
tion, pollutants can be introduced into the food web via the contamination of soil, water
or plants (Gröngröft et al. 2005).

Although floodplains show similarities to terrestrial and aquatic ecosystems,
there are several differences, particularly the importance of the continuous storage
of polluted sediments (Krüger et al. 2003, 2005). Chemicals are hydrologically trans-
ported to floodplains via high floods, precipitation and groundwater. Alluvial soils
in floodplains can become highly reduced when submerged, but usually have a nar-
row oxidized surface zone that allows aerobic processes (Gröngröft et al. 2000).
The biotic and abiotic transformations that occur within the floodplain environment
may change the effect and reaction of several heavy metals and organic compounds
(Calmano et al. 2005) some cause toxic conditions, while others induce the loss
of chemicals to the atmosphere or the underground. The unique and diverse hy-
drological conditions in floodplains result not only in changes in the chemical
forms of materials but also in the spatial movement of material within the flood-
plains, such as in water–sediment exchange and plant uptake (Friese et al. 2000;
Gröngröft et al. 2005).

Using the floodplains for agriculture entails knowledge of flooding frequency and
of the input and distribution of sediments and associated pollutants. Typical elements
and organic components for the river Elbe catchment are Hg, Cd, and As (Krüger et al.
2005) as well as PCDD/F, PCB, HCB and with a little bit lower importance HCH and
DDX (e.g., Witter et al. 1998, 2003). Miehlich (1983) gave a first description of heavy
metal contamination profiles of typical Elbe River floodplain soil. Meißner et al. (1994)
and Krüger et al. (1997) investigated topsoil in the middle course of the river Elbe
and worked out correlation coefficients between heavy metals and organic carbon.
Krüger et al. (2005) investigated the heavy metal pollution of topsoil along the Ger-
man river stretch of the Elbe between the Federal States of Saxony and Lower Saxony,
and showed correlation between heavy metal contents and organic carbon, elevation,
river kilometration and other factors.

This section describes studies carried out on the transport and deposition of ar-
senic (As), cadmium (Cd), nickel (Ni), chromium (Cr), copper (Cu), lead (Pb) and
zinc (Zn) by high floods at a floodplain demonstration site of the river Elbe catch-
ment basin (Schönberg) representing a typical alluvial site far away of the most pol-
lution areas of concern.
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7.3.2 Study Site

The investigation area with the study site is shown in Fig. 7.14. The research area is
located at the Elbe main stream at km 435–485 (German kilometration) and repre-
sents a typical downstream region where most of the pollutants are well mixed. The
sharp morphological changes of the floodplain Schönberg, which are of both natural
and anthropogenic origin (e.g., due to its use for livestock farming and pasture, as
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Fig. 7.14. Map of the river Elbe basin with the location of study site Schönberg
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well as the presence of dikes), results in special flooding characteristics. This flood-
plain area shows a distinct micro-relief not only at the surface but also in the subsoil,
as ascertained by geodetic measurements (Büttner et al. 2006). Several parts of the
area (hollows, old arms) are located at geodetic elevations below the mean water level
(MWL). The geodetic relief elevation varies between 1.3 m below and 3.5 m above
mean water. Owing to the morphological heterogeneity and different flooding fre-
quencies, soil composition varies sharply, ranging from sandy soils via those with
large proportions of silt or clay, to soils with high levels of organic substance. Soil
moisture measurements have indicated that high areas only rarely flooded (if at all)
might still contribute to contaminant transport into lower soil horizons and the ground-
water after heavy rainfall via seepage (Schwartz et al. 2000). More details concerning
the micro-relief, the hydrological conditions of flooding and the soil composition can
be found in Friese et al. (2000).

7.3.3 Material and Methods

At Schönberg site fresh deposited flood sediment was investigated at 11 locations in
the floodplain varying in height and vegetation during floods in 1997 and 1998 (Fig. 7.15,
Table 7.1). At each location sediment traps were installed to study the sedimentation
process directly. Pieces of synthetic lawn (30 × 40 cm) were exposed in the recent flood-
plain. The synthetic lawn material has bristles nearly 3 cm long to simulate the rough-
ness of wetlands surfaces (Schwartz et al. 1997) and trap the high flood sediments. At
the end of the flooding period the synthetic lawns were collected. The sediments were
rinsed out using tap water. The water was collected in open bins, the sediment was
allowed to settle for 24 hours, and finally the water was decanted. The samples were
oven-dried (24 hours, 105 °C), weighed and used for elemental analysis with ICP-MS
after aqua regia digestion in the microwave field. Soil samples at study site Schönberg
were collected by hand at the same locations as for the sediments representing the
topsoil down to 10 cm depth. The material was sieved <2 mm, oven-dried (24 hours,
105 °C), and analyzed for the heavy metal content by ICP-MS after microwave digestion
with aqua regia.

Fig. 7.15.
Schematic map of the flood-
plain area of the study site
Schönberg with sample
locations



291

7.3.4 Results and Discussion

The highest mass inputs at the study site Schönberg occurred with the highest dis-
charge (Friese et al. 2000). Differences in mass input at sites of similar elevation are
caused by the different roughness of landscape surfaces and by the larger distance be-
tween river and the sampling sites. The transport capacities of river water decrease
depending on the sinking water discharges.

The input of dry matter varies over a wide range – from 38 000 kg ha–1 at the riverbank
(FS 1) to 47 kg ha–1 (FS 13) in areas with high velocity flows over a large stretch of the
river. The average dry matter input (median) was about 2 000 kg ha–1 (Table 7.2). Ac-
cording to Friese et al. (2000), the most important factor concerning the dry matter
input is the distance between site and river.

Between the spring flood and summer flood in 1997 the amount of mass deposited
within the floodplain area decreased dramatically as a result of strong erosion of sedi-
ments in the upstream catchment area during the spring flood. This reduced the amount
of material available for erosion and re-suspension during the following summer flood.
Additionally, the maximum discharge of the summer flood (1 321 m3 s–1) was lower as
for the spring flood (1 850 m3 s–1) and consequently for some locations high above the
MWL no flooding and material deposition occurred (FS 9, FS 13). Winter flood 1998/1999
showed the highest discharge with maximum 2 356 m3 s–1 and associated high deposi-
tion of flood sediment (Table 7.2).

In general, the element concentration in fresh deposits from the first high flood
period (spring 1997) are much higher than in the following flooding period of the
same year (summer 1997). This can be expected because the time span between the
erosion of contaminated material from the upstream sources (mainly the upstream
groyne fields, see Baborowski et al. 2004, 2005 and this volume, Sect. 3.3) during the
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spring flood in 1997 (March) and the occurrence of the summer flood 1997 (July) was
too short to accumulate new contaminated material in the groyne fields. But for zinc
the opposite behavior is obvious at specific locations in the floodplain (FS 1, FS 4, FS 5,
FS 6, and FS 14). Several explanations for this observation exist. First, the origin of the
spring flood and of the summer flood 1997 were slightly different although all three
flood events considered in this paper were fed mainly from the headwaters of the river
Elbe (Anonymous 1997, 1998). The spring flood 1997 was mainly the result of heavy
precipitation throughout the whole upper catchment of the river Elbe associated with
snow melt whereas the summer flood 1997 was related to the heavy rainfall events in
the triangle region of Czechoslovakia, Poland, and Germany which led to the dramatic
high flood of the river Odra. Consequently, the composition of pollutants might be
somewhat different. It might be also an effect of erosion and transport of zinc-con-
taminated material from upstream sources which were exposed to the surface during
the erosion effects of the spring flood. Higher mass concentrations in the flood sedi-
ment of the summer flood 1997 compared to the spring flood 1997 were also observed
at location site FS 1 for the elements Cd, Cr, Cu, Mn, Ni, and Pb. Probably, re-suspension
of higher contaminated material from the spring flood within the floodplain site and
re-deposition in position FS 1 might be an explanation. Unusual high mass concentra-
tions for Pb and Zn were observed in flood sediment from spring flood 1997 at location
FS 13. This location, nearly 1 m above MWL is the central erosion channel and only
low amount of material was deposited during spring flood 1997 (approx. 5 g m–2). Since
the amount of material on the sediment trap was very low the risk of contamination
during sampling and preparation of the sample is quite high. On the other hand the
extremely high mass concentrations of Pb and Zn in this sample could also be a result
of a sorting effect if only very fine and strongly contaminated material was deposited.
The winter flood 1998/1999, approximately 15 months after the summer flood 1997
eroded and transported again high contaminated material from upstream sources into
the floodplain site Schönberg. Since the discharge of the winter flood was considerably
higher than that of the spring flood 1997 it is not clear if only new deposited contami-
nated material was eroded from the upstream sources (e.g., upstream groyne fields) or
if additionally, also deeper contaminated material was eroded from that groyne fields
by the higher shear forces.

The high mass concentrations of cadmium, zinc, lead and copper in fresh deposited
flood sediments (Table 7.2) showed that the enrichment of heavy metals in recent Elbe
River floodplains will continue, despite continued improvement in the purification of
sewage and industrial effluents as long as historical contaminated sites still exist as
pollutant sources.

The topsoil of the sample locations at the study site Schönberg show with one ex-
ception high amounts of organic carbon (5.2–10% dw). Arsenic and the trace metals
are highly enriched compared to regional background values estimated by Krüger et al.
(1998, 1999) (Table 7.3). Enrichment factors are 2.3 to 6 for As, 19.4 to 64 for Cd, 1 to
3 for Ni, 0.9 to 3 for Cr, 4.1 to 12 for Cu, 5.8 to 14 for Pb, and 3.9 to 15 for Zn excluding
site FS 6 which exhibit unusual low values for all elements measured.

In general, the arsenic and metal mass concentrations of the topsoil are in same
order as the mass concentrations of the fresh deposited flood sediments at the same
location. At location sites 1, 2, 4, and 14 (here with the exception of Zn) the mass con-
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centrations of the elements are considerably higher in the topsoil whereas at location
sites 5, 7, 8, 9, and 13 the elements exhibit similar mass concentrations, some elements
are slightly enriched in the topsoil and others in the flood sediments.

There are two remarkable observations which could not be explained yet. At loca-
tion FS 2 the topsoil showed the highest mass concentration for the trace metals Cd, Ni,
Cr, Cu, and Zn although the deposited flood sediments during all three floods exhibit
medium ranged mass concentrations for these elements. The highest mass concentra-
tions for As and Pb in the topsoil were detected at location FS 4 where again the flood
sediment did not show the highest mass concentrations for these both elements. On
the other hand the topsoil of location FS 6 showed the lowest values for all elements
presented, far below the regional geogenic background. At this location Cd and Ni exhibit
the highest mass concentrations observed in flood sediment from the summer flood 1997.

7.3.5 Conclusions

The results clearly demonstrate that the floodplains of the lowland areas of the river Elbe
with their alluvial soils are still an important sink for manifold pollutants. The results are
evident that not only the far transport of pollutants is important for the level of contami-
nation but also local conditions like the micro relief (e.g., elevation in relation to MWL;
distance to the stream) have a great influence. Anthropogenic pollutant inputs are adsorbed
on fresh high flood sediment, which contain a high level of organic carbon and a large
proportion of fines. Whereas the subsoil generally have uncritical amounts of heavy
metals (Friese et al. 2000), critical levels may be reached in the topsoil.
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7.4 Trace Metals as Indicators for the Dynamics of (Suspended) Particulate
Matter in the Tidal Reach of the River Elbe

7.4.1 Introduction

Over the last decades, numerous studies have been dealing with the characteristics and
dynamics of estuarine sediments and suspended particulate matter (SPM) (e.g., Dyer
1979, 1986; Dyer et al. 2001; Huntley et al. 2001; Jay et al. 1997; Kappenberg et al. 1996;
Meade 1969, 1972; Perillo 1995; Postma 1955, 1967; Schubel 1984). Among others, these
studies discussed the development of the turbidity zone and of the transport of par-
ticulate matter in upstream direction. The details of the mechanisms of transport, mix-
ing, deposition, and erosion of fine particulate matter and the contaminants adsorbed
thereto in river estuaries are very complex and not well known yet.

Computer-aided simulations have not been able to describe the dynamics of fine-
grained, cohesive particulate matter entirely so far. In qualitative terms, the available
transport models can describe the formation of the turbidity zone (e.g., Grabemann
et al. 1995; Kappenberg et al. 2001; Rolinski 1999). However, details of the dynamics of
fine-grained particulate matter, such as its upstream transport (tidal pumping) or its
retention time in the estuary cannot be described.

In surface waters, trace metals and certain organic contaminants are preferentially bound
to particles. Predominantly, they are associated with the fine-grained <20 µm fraction of
suspended matter or sediments (Ackermann et al. 1983; OSPAR 2002). The amounts dis-
solved in the aquatic phase are of minor importance. This also applies to the transition
zone from freshwater to salt water. Intensification of chemical desorption of trace metals
with increasing salinity is not of appreciable relevance compared to particle-associated
trace-metal concentrations (Müller et al. 1975; Salomons et al. 1981; Zwolsman 1999).
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Over the past decades, concentrations of some trace metals (cadmium (Cd), copper
(Cu), mercury (Hg), and zinc (Zn)) in SPM and sediments in the Elbe Estuary have
decreased in the longitudinal profile from an elevated fluvial level at Geesthacht (tidal
limit) to values that are up to one order of magnitude lower near the river mouth at
Cuxhaven, where the sediments are predominantly of marine origin (e.g., Ackermann
1998; ARGE Elbe 1980; Banat et al. 1972; Förstner et al. 1990; Knauth et al. 1993; Prange
et al. 1997). At any given site in the estuary, these concentrations result from the mix-
ing of fluvial and marine SPM/sediments. Also results of the GKSS Research Centre
(Knauth et al. 1993), the Delft Hydraulics Laboratory, and the Technical University of
Hamburg-Harburg (Salomons et al. 1988; Förstner et al. 1990) clearly demonstrate a
significant transport of highly contaminated solids from locations upstream of Ham-
burg into the lower Elbe Estuary at high river-discharge rates.

The composition (e.g., grain-size distribution, organic-carbon content) and the
concentrations of suspended matter in estuaries show large short term variations within
short horizontal and vertical distances, i.e. within a few minutes and meters. Due to,
inter alia, this high heterogeneity of the water body, a reliable estimate of loads of
particle-bound contaminants carried by rivers via estuaries to the sea cannot be achieved
by direct measurements in the estuary. It is even doubtful whether a direct estimate of
loads will succeed in near future (Ackermann 1998; Ackermann et al. 1998; Dyer et al.
2001; Jay et al. 1997; Huntley et al. 2001; Knauth et al. 1993).

Moreover, several studies using tracers investigated the dynamics of cohesive fine-
grained particulate matter in surface waters (rivers, estuaries, coastal zones). These
investigations applied both tracers intentionally added to the water body, such as ra-
dio-active and inactive isotopes or elements, fluorescent substances, as well as tracers
naturally present in the water body, like diverse clay minerals, rare-earth compounds,
natural radio-active substances or fall-out products, and the ratios of carbon and oxy-
gen isotopes (literature reviews: Coakley et al. (1990), Olley et al. (2001)). Investiga-
tions in estuaries utilize the significant differences in concentrations of such tracers in
mainly fluvially influenced particulate matter, i.e. near the tidal limit, and in predomi-
nantly marine-influenced particulate matter in the outer estuary. Using several natural
tracers, Salomons et al. (1988) could provide evidence of upstream transport of fine-
grained particulate matter of marine origin reaching far into the freshwater region of
the river. The freshwater limit is located at Elbe-km 683. Also compounds from waste-
water effluents, e.g., trace metals, were used as tracers in estuaries. Respective results
of the estuaries of the rivers Elbe, Weser and Ems are presented by Ackermann (1998),
and of the Humber Estuary by Dyer et al. (2001). Also pigments in sediments were
used as marker compounds for the characterization of suspended matter and for the
assessment of trace-metal concentrations (Wiltshire et al. 1996).

7.4.2 Measurements and Methods

The SEDYMO sub-project 18b investigates the dynamics of fine-grained cohesive sol-
ids, i.e. grain-size fraction <20 µm of suspended particulate matter (SPM) and recently
deposited sediments, of both marine and fluvial origins in the Elbe Estuary. The pref-
erentially particle-bound heavy metals Cd, Cu, Pb, and Zn are used as tracers in this

7.4  ·  Trace Metals as Indicators for the Dynamics of (Suspended) Particulate Matter



298 Chapter 7  ·  Transport Indicators

study. Trace-metal concentrations were analyzed after ultra-sonic sieving in the fine-
grained fraction <20 µm, where the trace-metal load predominantly accumulates. The
transport behavior of coarser fractions (sand) is not subject of this study.

The variations of trace-metal concentrations at the six measuring stations of the
Working Committee for the Protection of the Elbe (ARGE Elbe, Arbeitsgemeinschaft
für die Reinhaltung der Elbe) and the Federal Institute of Hydrology, Koblenz (BfG)
(Fig. 7.16) in the Elbe Estuary are mainly controlled by river discharge, which is mea-
sured at Neu Darchau, km 536.4. From these variations, a better understanding of the
complex dynamics of SPM may be gained.

7.4.3 Results and Discussion

For all indicator elements, the dependence of concentrations on river discharge is simi-
lar at all sampling sites seaward from Hamburg. Results are demonstrated for Cd and
Zn (Fig. 7.17, 7.18). At times of high river discharge, high concentrations of trace metals
are recorded, i.e. the portion of solids of marine origin is low and vise versa. These pat-
terns were also observed at the stations Bützfleth (Elbe-km 657.5), and Brunsbüttel (Elbe-
km 696.3) with the concentration level at Brunsbüttel being distinctly lower.

Knowing the trace-metal contents of fluvial SPM (Geesthacht, Elbe-km 586) and of
marine SPM from the North Sea coast (e.g., Koopmann et al. 1993), the trace-metal

Fig. 7.16. Sampling sites. Samples were collected over one to four weeks
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Fig. 7.17. Variations of Cd levels (moving averages over three measurements) in the fraction <20 µm in
SPM with river discharge from Neu-Darchau (km 536.4)

Fig. 7.18. Variations of Zn levels (moving averages over three measurements) in the fraction <20 µm in
SPM with river data from Neu-Darchau (km 536.4)

7.4  ·  Trace Metals as Indicators for the Dynamics of (Suspended) Particulate Matter
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concentrations at a given sampling site in the estuary at a given time allow to estimate
the respective portions of fluvial and marine solids under different river-discharge con-
ditions (cf. mixing curves for Zn in Fig. 7.19). The location of the area of the highest
concentration gradient, and thus also of the strongest change in the mixing ratio of
fluvial and marine SPM depends strongly on river discharge. This zone has shifted
significantly upstream (10–15 km) after the last deepening of the Elbe navigation chan-
nel in 1999/2000.

Seemannshöft/Wedel

Until 1999/2000, the variations of the indicator elements Cd, Zn, Cu and Pb at Seemanns-
höft (Elbe-km 628.8) normally used to be higher than those observed downstream at
Wedel (Elbe-km 642). The concentration minima at both stations, however, were mostly
at similarly low levels, resulting from comparable portions of SPM of marine origin at
both stations (70% to 90%) under low-flow conditions. However, the trace-metal
maxima at Seemannshöft were always significantly above those at Wedel due to sig-
nificantly lower marine portions of suspended solids at Seemannshöft of 20% to 40%
compared with 40 to 60% at Wedel under high-flow conditions.

After 2000/2001, the situation has changed fundamentally, so that trace-
metal levels at the station Seemannshöft are at the same level (Cd) as or even
below (Zn, Cu, Pb) the respective values at Wedel, not only at low river discharges
but also at medium to high flows (cf. Fig. 7.17 and 7.18). Obviously, the marine
portions of SPM at Seemannshöft now are equal to or even higher than those at
Wedel due to an upstream shift of the mixing curve of marine and fluvial solids
(cf. Fig. 7.19).

Fig. 7.19. Qualitative schematic model of the mixing of marine and fluvial fine-grained SPM and the
adsorbed trace-metal concentrations in the tidal Elbe (example: mixing curves for Zinc)
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Bunthaus/Geesthacht

Prior to 1999, at the station Bunthaus (Elbe-km 609.6) upstream of Hamburg, no sys-
tematic river-discharge dependent variations in the concentrations had been observed.
The mean concentrations of all indicator elements were comparable to those at the
station Geesthacht and were thus in the fluvial range. After 1999/2000, the situation
changed distinctly. Since 1999, the concentrations of Zn, Cu, and Pb and since autumn
2003 also the concentrations of Cd measured at Bunthaus have been below those of
Geesthacht and have varied systematically with river discharge. These observations indi-
cate that marine SPM can now even reach the station Bunthaus upstream of Hamburg.
From trace-metal concentrations, a maximum contribution of marine SPM to the fine
solids of up to 50% is estimated in 2004/2005. The limit of flood current during low river
discharge is located around Elbe-km 593, i.e. 16 km upstream of Bunthaus (cf. Fig. 7.19).

The upstream shift of the mixing curve of marine and fluvial solids may be attrib-
uted to river engineering carried out in the Elbe Estuary, e.g., the deepening of the
navigation channel in 1999.

Wedel/Brunsbüttel

In addition, the patterns of the Zn concentrations at the stations Wedel and Brunsbüttel
(Fig. 7.20), allow to derive the temporal shift of the mixing curve outlined in Fig. 7.19
and therewith of the turbidity plume depending on varying river discharges. Obvi-
ously, with rising river discharge, the Zn levels at Wedel begin to increase without delay
and those at Brunsbüttel with a short delay, i.e. the turbidity plume and the mixing
curve of fluvial/marine solids, respectively, shift in the whole estuary downstream with-

Fig. 7.20. Variations of Zn levels in the fraction <20 µm in SPM at Wedel (km 642.0) and Brunsbüttel
(km 696.3) with river discharge from Neu-Darchau (km 536.4)
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out significant time lag. This shift can result in transport of part of the suspended
matter to the North Sea.

The maximum of the Zn concentration, however, is reached significantly later than the
maximum of river discharge: at the station Brunsbüttel usually only 8–12 weeks after the
maximum discharge, and still 3 weeks after the extreme flood event in August 2002. At
the station Wedel, the corresponding temporal shifts are distinctly shorter: 3–7 weeks and
1–2 weeks respectively. These periods are interpreted as the transport times of fluvial
solids from the tidal limit downstream to Brunsbüttel and Wedel.

When river discharge decreases again, trace-metal concentrations in Brunsbüttel
and Wedel remain at an elevated level for several weeks. The decrease of Zn concen-
trations, i.e. the upstream shift of the turbidity plume and accordingly, the refilling of
the plume with less-contaminated marine suspended matter take place more slowly:
the concentration minima are reached at Brunsbüttel only 20–24 weeks and at Wedel
8–16 weeks after the river-discharge minima, and at Brunsbüttel they can be observed
even in periods when discharge is increasing again.

Similar conclusions were drawn from measurements of the turbidity at given sites
in the Elbe Estuary by Grabemann et al. (1995).

7.4.4 Summary and Outlook

Due to an increasing portion of marine fines in estuarine particulate matter, particle-
bound trace-metal concentrations strongly decrease along the longitudinal profile of
the Elbe Estuary from Geesthacht (tidal limit, km 586) to Cuxhaven (km 730). In addi-
tion, at a given site, concentrations vary strongly up to the factor five with river dis-
charge. These variations are due to a shift of the turbidity plume in the Elbe Estuary
depending on river discharge: at high river discharge, the turbidity zone and accord-
ingly the gradient of the trace-metal concentration shift downstream, and vise versa.
Therefore, the dynamics of the downstream or upstream shift of the turbidity zone can
be derived from trace-metal concentration variations at a given site. In addition, the
respective portions of fluvial and marine solids under different river discharges at a
given site can be estimated from trace-metal concentrations at this site, provided the
fluvial and marine trace-metal concentrations are known.

Computer-aided simulation of solids transport in the estuary were not able to re-
produce the observed phenomena satisfactorily, so far. Measurements of trace metals
as indicators of SPM dynamics in estuaries provide a valuable support to the develop-
ment of computer simulations and the verification of their results.

Measurements of trace metals in particulate matter of the Elbe Estuary will be contin-
ued in order to keep track of the development of solids transport phenomena. The under-
standing of the dynamics of fine-grained, cohesive particulate matter in the Elbe Estuary,
but also in other estuaries is of increasing interest. For instance, the medium- to long-
term destination of fine-grained contaminated sediments in the Elbe Estuary is of impor-
tance for the assessment of the ecological impacts of the relocation of dredged material.

Moreover, the regular dredging of large amounts of fine-grained contaminated sedi-
ments required for maintaining the navigable depth of estuarine fairways and port
basins is very cost-intensive. After the latest deepening of the navigation channel in the
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Elbe Estuary in 1999, the amounts of material to be dredged annually in the harbor of
Hamburg and in the river reach about 15–20 km downstream of Hamburg increased
strongly from 2–3 million m3 a–1 to 7–11 million m3 a–1. Decisions for the sustainable
management of sediments and of measures to reduce the amounts of material having to
be dredged in the future, can be derived only if the reason for the increased need for
dredging is understood. Results of trace-metal analyses indicate that the increased amounts
of material to be dredged in Hamburg Harbor since 2000 are not due to the increased
upstream transport of marine particulate matter, however, it is supposed that material
dredged and relocated downstream of Hamburg drifts back into the harbor within short
time. Additional transport of about 5–8 million m3 a–1 of marine sediments to the upper
estuary would result in much lower trace-metal concentrations than actually observed.
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Chapter 8

The papers focus on the investigation of the behavior of trace metals in natural sedi-
ments and their association with fine sediment particles. The contributions demon-
strate how the fine particles and potential contaminants move in the environments
(rivers through estuaries to the marine environment) and how the sediment erosion
can be studied using contaminants and REEs. The ability to predict the movements
of fine particles and their associated trace metals is essential for sustainable sediment
management.

One contribution describes the transport in sediments of the Tisza River in
Hungary. In the riverine sediments the contaminant transport of mining spill
was investigated over 5 years and the results illustrate the dynamic nature of the
transport processes. In particular, the mixing of contaminated sediments with
non-contaminated sediments due to the erosion and transport of sediments in
the river makes it difficult to accurately trace the contamination. The investi-
gated catchment was influenced by severe floods and the sediment transport oc-
curring during the floods have most likely caused the mobility of the contami-
nants in the sediments. Estuarine sediments are subject to an intense sediment
transport due to the tidal interaction. Here, fine sediment particles can be trans-
ported in both directions and the particle transport is equivalently difficult to
trace. Different methods for investigation of the particle transport were compared
in their efficiency to trace the particle transport in the estuarine and marine envi-
ronment. Hereby a method was developed based on REE labeled sediments to in-
vestigate sediment transport. The REE are particularly efficient due to the deviation
from the natural background in REE composition. In the marine environment
an assessment of the particle transport can be made using various methods. The
main difficulty with marine sediments is their low accessibility and often models
of sediment transport are needed. The erodability of the surface layers is significantly
different from the deeper cohesive sediments. The experiments presented in one
of the contributions showed that the transport processes of the upper sediments
can be assessed using 234Th as tracer. Furthermore, the processes involved with the
entrainment and transport of contaminants within marine sediments were investi-
gated in mesocosm experiments. The remobilization of copper in marine sediments
was shown to take place within the uppermost layers of the sediments. The derived
fluxes of contaminants over the sediment-water interface are highly related to the
sediment management.

Fine Sediment Particles

Ole Larsen
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8.1 Transport and Reactions of Contaminants in Sediments

8.1.1 Introduction

Many of the sediments in our coastal environments are contaminated with various metals.
The highest concentrations of contaminants are found in harbours, where antifouling paints
and industrial activities are the main sources. In the past years there has been a strong
focus on TBT that is known to be highly toxic and to affect the hormonal balance of many
animals. Almost all substitutes for TBT are based on Cu-complexes. Copper is known to
form strong complexes with natural organic matter and the total Cu-concentration in
sediments is found to correlate with the concentration of organic matter (see Fig. 8.1).

Recent investigations have shown that Cu concentrations in the marine environ-
ment can be very high in estuaries with heavy boat traffic (Comber et al. 2002) and in
many areas exceed the sediment quality guideline values (e.g., CCME 1999; Long et al.
1998), and a few studies have demonstrated that Cu may be one of the most important
constraints on benthic fauna. Chapman (1990) suggested an integrated approach (Sedi-
ment Quality Triad) to evaluate effects of contaminated sediments consisting of three
complementary components including chemical analysis of contaminants, sediment
toxicity, and assessment of resident biota such as changes in benthic community struc-
ture. An example of the third SQT component is shown in Fig. 8.2. Using ca. 80 synop-
tic samples, linkages between forcing factors (sediment contaminants and water qual-
ity) and effects (benthic invertebrate species abundance) were analyzed using Partial
Least Squares regressions (Møhlenberg et al. 2007). Initially, more than 60 potential
predictors were included in PLS regressions, and significant predictors were identified
by cross-validation or boot-strapping. Overall, the “natural” conditions such as salin-
ity, station depth and sediment organic carbon were the most influential predictors of
species richness and diversity. Depending on the location considered or the grouping
of data, either nutrient concentrations or sediment contaminants, especially copper
and cadmium, were the second most important factor affecting benthic communities,
accounting for up to 25% of the variation in species richness (Fig. 8.2). Using field
experiments Lenihan et al. (2003) demonstrated that copper mainly caused reductions
among crustaceans and echinoderms, while organic enrichment of sediments promoted
annelids, but had variable effects on crustaceans and echinoderms. Hence, the effects
of copper enrichments in sediment seem to be manifested through elimination of “sen-
sitive” species leading to reductions in species richness, as shown in Fig. 8.2.

Predictive geochemical models, both numerical and conceptual, of elemental trans-
formations and particularly remobilization underpin the assessment of risk posed by
heavy metals in many environmental situations. The increased use of metals (e.g.,
copper) may critically affect the risk to intensively utilized coastal and estuarine envi-
ronments. This environmental problem raises a question at a more fundamental level:
what are the controls on heavy metals in marine sediments? The environmental chem-
istry of heavy metals has been studied during the past decades, with considerable re-
search interest concentrated on Cd, Pb, and Cu (e.g., Serbst et al. 2003; Burnton et al.
2005; Chapman et al. 1998). For routine monitoring most sediment samples are col-



307

lected directly from dredgers and analyzed as mixed bulk samples. Typically, bulk
parameters like content of Corg and total concentrations of heavy metals are measured
and the results are taken as representative for a large sediment volume. However, re-
cent studies (Glud et al. 1996; Shuttleworth et al. 1999; Fenchel and Glud 1998) are
showing that the geochemical structure of sediments is much more complicated than
previously thought. Existing models are based on a 1-dimensional view of sediments
with zones of microbial/chemical activity systematically layered. Biological activity is
largely seen as a physical process that pertubates this state. This picture has largely
developed from measurements based on horizontally slicing sediments and perform-
ing measurements on porewaters and the solid phase of the resulting volumetrically
averaged sample. Measurements at one thousandth of this volumetric scale (DGT/DET/
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Fig. 8.1.
The bulk copper concentration
displayed against the loss on
ignition in a variety of estuarine
sediments. Loss on ignition
corresponds mainly to loss
from organic matter although
it also includes weight loss
from carbonates and hydrated
minerals (the data originates
from Møhlenberg et al. 2007)

Fig. 8.2.
PLS analysis of 60 data sets
from various European estu-
aries and 38 data sets from
2 coastal bays. Sixty-four and
66% of the variation of total
species number could be ex-
plained using 2 PLS compo-
nents. The heavy metals Cu
and Cd (estuaries) and Cu, Ni
and Cd accounted for 18 and
23% of the variation in species
richness. In these coastal waters
heavy metals are as important
as nutrients for the faunal bio-
diversity (the data originates
from Møhlenberg et al. 2007)



308 Chapter 8  ·  Fine Sediment Particles

optodes/electrodes) have revealed a detailed solute structure, which suggests that sedi-
ment processes occur in microniches (Fones et al. 1998). This new perception of sedi-
ments suggests that sediments cannot be regarded as horizontally uniform, and con-
sequently the use of one-dimensional models is called into question. Moreover, as
microniches are likely to be short lived (days/weeks), the dynamic nature of the
geochemical processes must be considered. At present, the transport, reactions and
dynamics of copper and other heavy metals in marine sediments are known at scales
much larger than the scale of the bacteria and associated microniches (1–50 µm) in-
volved in these processes. This poses a new question: how does analytical scale affect
the interpretation of sediment geochemistry in terms of processes and reactions?

The dredged sediment in Europe amounts to more than 200 000 000 m3 yr–1. Although
most of the sediment is not contaminated, large amounts contain high concentrations
of heavy metals. The most contaminated sediments are treated as chemical waste and
the costs for disposal exceed 100 Euro m–3. Due to the high costs of sediment treat-
ment and strong competition between harbours a unified European legislation con-
cerning contaminated sediments is desirable. Such legislation should be based on the
ecotoxicity and sediment processes rather than politically defined maximum concentra-
tions in sediments. In response to the lack of understanding of fundamental processes a
project under the FP5 of the European Union was initiated to investigate the importance
of the individual processes and their spatial distribution within sediments. The project
partners were: TU-Delft, Lancaster University, University of Copenhagen and the Max
Planck Institute for marine microbiology. In this section we report selected results
from the EU project TREAD (EVK3-CT-2002-00081), with the focus on copper.

The investigation includes the study of heavily contaminated harbor sediment whose
locality may not be published.

8.1.2 Experimental Approach

Based on the conceptual model of processes in sediments occurring at microniches an
analytical program was launched to enable the assessment of local fluxes and concen-
trations in sediments at high temporal and spatial resolution. Using high resolution
techniques we attempted to investigate the fluxes of solutes (within sediments and
through the sediment-water interface) in contaminated marine sediments upon dis-
posal in the environment. Two sediments were selected: a fine-grained (silt) harbor
sediment with low benthic activity and a permeable sand with high benthic activity.
The harbor sediment was heavily contaminated with heavy metals while the sand from
Sylt (Germany) represents pristine marine sand. The investigation included, besides a
careful field site description, the sampling of several large undisturbed sediment blocks
(0.18 m2, 10 cm depth) that were brought to the laboratory facility in Bremen. The sedi-
ments were installed in four mesocosms to mimic disposal of dredged material in the
environment: (1) dumping at a site with high current velocities (silt was added to the
sandy sediment, mimicking resuspension during a dredging event or disposal in a high-
current environment – mesocosm A), (2) dumping the sediment after reworking the sedi-
ment at a low energy environment (the silt was homogenized and slightly oxidized before
settling in mesocosm D) and their respective control systems (undisturbed sand –
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mesocosm B and undisturbed harbor sediments – mesocosm C). The environmental con-
trols of the 4 mesocosms were varied simultaneously throughout the two years the experi-
ment lasted. Light, temperature and water flow were kept constant while, at different times,
fresh supplies of benthic fauna and organic material were added and the salinity adjusted.

Novel techniques were used to detect and quantify key processes at the scale of their
occurrence in sediments, including different forms of microsensors (electrodes and
optodes), gel-sampling techniques and microscopy. More traditional measuring approaches
(bulk flux measurements and extracted pore water profiles), integrating the activity of
larger sediment volumes, provided comparisons with the high-resolution measurements.

8.1.3 Heavy Metals at the Field Site

Heavy metal content is routinely measured in harbor sediments by the authorities and
is discussed here with kind permission. Literature data on the heavy metal concentra-
tion in North Sea sediments and data from the contaminated site are available for the
fine fraction (<20 µm) of the sediment. Measurements of Hg, Cd, Pb, Cu and Zn, as well
as organic tin from North Sea and Weser and Elbe sediments (BLMP 2002) and the
contaminated and investigated site are shown in Table 8.1. The heavy metal concentra-
tions in the harbor sediments are similar to the maximum concentrations reported in
the literature while the concentrations of copper are elevated 10–20 fold compared to
the North Sea and river sediments. The highest literature value was found in a harbor
area in northern Bremen, but the concentrations here were still more than five times
lower than the lowest measurements from our study sediments. The butyl-tin concen-

8.1  ·  Transport and Reactions of Contaminants in Sediments
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trations measured in the Elbe between 1991 and 1997 also show distinct differences to
those at our field site. While the concentrations of the different compounds are very
similar in the Elbe, the harbor site shows large differences in the concentrations of the
different compounds. The concentrations of butyl-tin vary at the different stations within
the same harbor basin and the same year by a factor of up to 40. However, for all measure-
ments the concentration of tributyl-tin was always highest, followed by di-, mono- and
finally tetrabutyl-tin. As copper and tin are used in anti fouling paints for ships, it is not
surprising to find high concentrations in the harbor basins, especially those close to a
shipyard like our site. Similarly the site close to Bremen Harbor and one Elbe site, possibly
close to Hamburg Harbor, showed the highest concentrations for Cu. These concentra-
tions are still lower than at our site, but the samples originate from outside the harbor.

A comparison of the metal concentrations measured over a period of more than
20 years (6 years for the butyl-Sn) show that the concentrations decrease (BLMP 2002).
This trend is less pronounced for Cd and Pb. Such a trend could not be seen in the
measurements from the harbor basin, but the available data only cover 5 years. Any
trend would be disguised in the high scatter of the small data set.

Heavy metal data are not available in the literature for the Sylt location or similar sites.
This site is, however, very likely typical of the low end of the concentration spectrum.

Comparison of the data obtained within our project with literature data is a little
difficult, as the literature data were measured in the fine fraction of the sediment. Our
measurements (Fig. 8.2) were carried out in the total sediment, comprising mainly fine
sand for the Sylt site, and ~70% fine material for the contaminated site.

8.1.4 Results

Bulk Concentrations of Copper in Sediments

The copper concentrations in all sediments were measured, after extraction with 6M HCl
and many fold dilution, by ICP-MS. The concentrations were measured in five different
sediment cores from the two control mesocosms (undisturbed sand from Sylt (B) and
harbor sediment (C)). The average concentration (line) and the results from each indi-
vidual sample are displayed in Fig. 8.3.

In both sediments the concentrations are significantly higher in the uppermost
sediment layers despite bioturbation mixing the sediments. A further pronounced
feature is that the horizontal variability is as large as the vertical variability in both
sediments. The total copper concentration in the harbor sediment is about 80 times
higher than the concentrations found in the sand.

Bulk Concentrations of Copper in Porewater

The concentrations of dissolved heavy metals in the porewaters of all mesocosms were
also measured. The results after about one year of the experiment are showed in Fig. 8.4
(corresponding to the same time as the sediment profiles presented in Fig. 8.3). The
pore water from the harbor sediments (C and D) have higher concentrations of dis-
solved Cu than the pore waters from the sand (A and B) (3 to 9 times, depending on the
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Fig. 8.3. Copper concentration measured in sediments from mesocosm B and C. Each core was sliced
in 1 cm slices. The concentration of copper was measured in two samples from each depth and the
mean is represented by the symbols in the plot. Five cores was analysed and the mean of all five cores is
shown as a line. Mesocosm B (circles) is the undisturbed sand from Sylt; C (crosses) is the undisturbed
harbor sediment. The cores were sampled a few cm apart

Fig. 8.4. a Copper concentration measured in porewater extracted by centrifugation of the sediment under
anoxic conditions through a 0.2-µm filter. Each result is the average of duplicate determinations. Additio-
nally, the results from mesocosm B and C are averaged values of results from 5 different cores. A represents
the results from sand with a surface layer of harbor sludge; B is the undisturbed sand from Sylt; C is the
undisturbed harbor sediment; D is the homogenized harbor sediment. b Results from 5 individual cores
of mesocosm B (circles) and C (crosses) and their average values. The cores were sampled a few cm apart

sampling depth). In all sediments the Cu concentration in the porewater decreases
with depth. The variations between the sampled cores are in the same range for the two
ecosystems, indicating that the concentrations do not to any large extend depend on
the transport path (advective vs. diffusive). The variation between 5 different cores
sampled from mesocosms B and C is shown in Fig. 8.4b.

8.1  ·  Transport and Reactions of Contaminants in Sediments
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The lack of systematic variation between the individual measurements suggests that
any structure in the solute composition is not resolved at a cm scale.

The solute composition was investigated at high resolution using DET (diffusive
equilibria in thin-films). Two cm wide strips of gel (0.8–1.2 mm thick), either con-
tinuous or segmented and mounted in a plastic support, were inserted into the sedi-
ment. Solutes in the porewater of the sediment equilibrate with the water within the
gel within the typically 56 hours deployment time. The solute sampled in this way
corresponds to a volume of only about 20 µl. Results from DET deployments in the
harbor sediments are presented in Fig. 8.5. The location of the sediment water-inter-
face is represented by zero.

The two high resolution porewater profiles are much smoother than the profiles
displayed in Fig. 8.4. The high resolution measurements show that the Cu concentra-
tion peaks exactly at the sediment water-interface within the 2 mm resolution of the
measurement. The high concentrations at the sediment water interface suggest that
there is a local source at the surface, which is probably release from the reactive organic
material that is rapidly oxidized and from associated oxidants, such as manganese oxides.
With this rapid remobilization, Cu diffuses upwards and downwards from the sedi-
ment surface layer.

Fig. 8.5. Concentration of metals measured with DET from the harbor sediments. The results presented
in the upper panel originates were from mesocosm C (control) while the lower panel are results from
the homogenized harbor sludge (the results were published in Tankere-Muller et al. 2007)
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Fluxes of Copper in the Sediment

With DGT (Diffusive Gradients in Thin-film) a method is available to quantify the remo-
bilization in sediments. The essential part of DGT probes is a cation exchanger protected
behind a thin gel layer. When the probe contacts the sediment, solutes diffuse into the
diffusive gel and the cations are trapped in the ion exchanger. After approximately 24 h
deployment the probes were retrieved and cut into 3 mm squares that were treated with
acid. Cations were measured in the eluate. The measured accumulation of Cu on the resin
allows calculation of the average flux from the sediment to the resin over the deployment
period. DGT measurements (Fig. 8.6) can be interpreted as an average concentration at
the surface of the device during the deployment time. This is usually lower than the bulk
concentration because (a) supply from solid phase to solution is kinetically limited and
(b) only part of the Cu organically complexed is measured by DGT when the diffusion
coefficient for the free metal ion is used in the calculation. In this work the ratio of the
DGT-derived concentration of Cu to the concentration in porewater measured by DGT
was between 0.3 and 1.2, indicating that Cu was not dominated by large organic complexes
and that there was an appreciable supply from solid phase to solution. It is therefore a
good approximation to attribute the DGT-measured flux to the resupply flux of Cu to the
porewaters. If anything this is likely to underestimate the magnitude of the highly local-
ized flux, as the DGT maxima were defined by single data points. Measurement at higher
vertical resolution than the 3 mm used for DGT would probably reveal higher maxima.

Fig. 8.6. Vertical profiles of DGT-measured fluxes for the harbor sludge: Control (upper panel) and
homogenized sediment (lower panel). Numbers 1 to 4 refer to adjacent 3 mm wide vertical columns
within a single DGT probes. The location of the sediment-water interface is represented by zero. Please
note the difference in scale. The results were published in Tankere-Muller et al. 2007

8.1  ·  Transport and Reactions of Contaminants in Sediments
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Forms of Copper in the Sediment

Small blocks of undisturbed sediment were sampled in front of the DET and DGT
devices at each sampling campaign. Before embedding the sediments with a meth-
acrylate resin, the sediments were stored anoxically in formaldehyde to fix fauna and
bacteria. After hardening of the resin the sediments were polished and prepared for
microscopy. Semi quantitative elemental analysis was performed using an electron
microscope for elemental mapping and measurement of points. The elemental map-
ping showed that copper is heterogeneously distributed within the sediments. Analyz-
ing the Cu-hotspots revealed that copper is predominantly associated with Fe-oxides
and sulfides. The Fe-oxides contained traces of all contaminants and the copper con-
centrations ranged from 0.2 to 3% Cu (on an atomic basis). The sulfides containing Cu
cover a range from a few percentage of Cu substitution in pyrite through pure chal-
copyrite to almost pure Cu-sulfide. An example of sediment particles and the obtained
analytical results are shown in Fig. 8.7.

8.1.5 Discussion

Collectively these measurements show that contaminants are intensively cycled in ma-
rine sediments according to the prevailing biogeochemical conditions. After copper is
introduced to the sediments (presumably as organic particles) the copper moves gradu-
ally into various inorganic forms. In the upper millimeter of the sediments, where oxic
conditions prevail, the copper becomes associated with iron(III) and manganese ox-
ides. When the oxides in the course of diagenesis are used as electron acceptors the

Fig. 8.7. a Back-scattered image of Cu-containing particle in thin section of the harbor sediment.
b Energy dispersive analysis (mapping) illustrating the distribution of selected elements in the viewed
section. Operating conditions: 15 kV accelerating voltage and a total counting time of 18 min
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copper is released and entrained in the sulfides. Due to bioturbation and other distur-
bances the sulfides are brought into the oxic sediments again where they are oxidized
and a transitory release of copper can be recorded. As metals are repeatedly cycled
through these processes larger aggregates or nodules of iron and manganese oxides
form in the upper sediment and sulfides in the deeper sections. With increasing time,
copper is found in increasingly pure copper sulfides. This description of processes is in
accordance with the findings of other workers (e.g., Parkman et al. 1999).

The high resolution measurements of the solute composition show that there are
various factors that influence the small scale structure of Cu in the porewaters of sedi-
ments. There is good evidence that the productive silt sediment is laterally homoge-
neous, which supports the use of a vertical one dimensional model to describe the
sequence of electron acceptors involved in the oxidation of org C. However, fluxes to
and from the sediment can only be estimated accurately if measurements are made
at mm or finer intervals because it appears that Cu is released to solution very close to
the interface. The DET measurements show a sharp Cu maximum at the interface, but
with DGT it is even sharper. Such an observation is consistent with rapid supply from
solid phase to solution at this location. If it is sufficiently rapid to fulfill the DGT de-
mand, while immediately above and below the site of supply the DGT demand can not
be sustained, the DGT measurement will indeed have a sharper peak than the corre-
sponding concentration profile. This highly localized remobilization at the interface
would be missed by conventional measurements at typically cm resolution, which would
underestimate the release flux and consequently the risk posed by the sediment.

For sandy sediments (not all results shown) the surface maximum is not so pronounced,
but there is a much more heterogeneous distribution of Cu in the porewaters, both later-
ally and vertically. Here Cu release will depend on both diffusional fluxes at the interface
and the localized chemistry in the convective pathway of the surface sediment. The analy-
sis of the solid phase, which showed that chalcopyrite can be present in highly localized
clusters, indicates that there may be some areas (<cm2) of the sediment surface that have
much higher Cu release rates than others. For these sediments it is inappropriate to use
conventional one dimensional models of diagenesis. To develop a quantitative apprecia-
tion of the processes occurring and the resulting fluxes requires the use of a full three
dimensional model of the redox reactions associated with the decomposition of organic
matter. Such a model, which allows for vertical structures and localized microniches, has
recently been developed (Sochaczewski et al. in preparation). While such models can be
used to simulate particular events and experimental details, their ability to predict aver-
age fluxes is limited by the intrinsic stochastic nature of the system.

There can be no doubt that a full appreciation of the dynamics of metals in sedi-
ments requires measurements to be made at fine scales without lateral averaging.
Quantitative interpretation of these data requires full 3 dimensional modeling of the
reaction and transport dynamics of the system. Such measurements and associated
models will be able to identify cases where risks are lower than previously thought
(e.g., reduced fluxes of Co and Ni), but they will also show that in some cases risks may
be higher (e.g., Cu and Cd). Data sets at the required resolution are still very limited,
but as more data become available in the next decade our understanding of metal
dynamics in sediments is likely to increase greatly. This new found knowledge is likely
to greatly benefit the risk assessment and management of contaminated sediments.

8.1  ·  Transport and Reactions of Contaminants in Sediments
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One source of the highly localized flux at the sediment-water interface is likely to be the
oxidation of sulfides brought upward in the sediments due to bioturbation or other distur-
bance. High biological activity or other sediment disturbance is therefore likely to enhance
the copper flux through the sediment-water interface, as seen in the investigated sediments.

The fluxes through the sediment-water interface as well as the concentration of copper
in the porewater are only to a limited extend related to the bulk concentration of cop-
per. This suggests that the copper compounds formed in the marine environment are
rapidly turned over in the upper millimeter of the sediments. The process rate appears
in fact to be high enough to ensure partial equilibrium in these sediments. Accord-
ingly, the environmental risk is related to a combination of factors associated with
sediment management (disturbance) and the size of the copper pools in the sediments.
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Michael Kersten  ·  Björn Bohling

8.2 Comparison of Cohesive Sediment Erosion Rates Determined
from 234Th Radionuclide Tracer Profiles and Erosion Experiments
in the Mecklenburg Bight, Baltic Sea

8.2.1 Introduction

The science of sediment dynamics in aquatic systems has greatly advanced in the last
two decades, and quantitative estimates of flood and storm impacts are possible if the
appropriate data and site-specific models are available. Unlike sandy sediments, un-
derstanding the mechanisms involved in the resuspension processes of cohesive sedi-
ments in aquatic systems remains an open case in water-related engineering disciplines.
The treatment of cohesive sediment is therefore addressed almost entirely from an
empirical standpoint, and field and laboratory experiments are needed to determine
site-specific sediment properties (e.g., Lau and Droppo 2000; Whitehouse et al. 2000).
Cohesive sediments are a sink for a range of contaminants. Therefore their resuspen-
sion and consequent impacts on water quality is a major concern in many rivers, lakes,
harbours, estuaries, and coastal areas. Many flume and field experiments have demon-
strated that the relationship between bottom current velocities and erosion is non-
linear. Therefore, storm events will produce most of the cohesive sediment erosion for
a given year. For coastal areas, few field data exist pertaining to sediment mobilization
and transport in storm conditions owing to difficulties in obtaining measurements
and to vagaries of the weather at open sea. Nonetheless, a resuspension potential can
be assessed by comparing a maximum shear stress modeled for a storm event, and the
experimentally determined critical shear stress, using an appropriate erosion rate pa-
rameterization (Sanford and Maa 2001; Lick et al. 2006). A modeling approach, how-
ever, requires field validation, and here we present an unconventional method which
uses sediment profiles of the naturally occurring radiogenic isotope 234Th to verify the
model data. The major advantage of this approach is that it provides field data on the
net resuspension potential, i.e., resuspension of sediments in the presence of subse-
quent deposition. Moreover, this information can be derived retrospectively not only
for the sediment surface but also for individual layers down to the entire scour depth of
the sediment re-established after a storm event.

8.2  ·  Comparison of Cohesive Sediment Erosion Rates
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8.2.2 Sampling Site and Experiments

The present-day morphology of the western Baltic seafloor was formed by repeated
advances and retreats of ice during the Pleistocene and Holocene Transgressions. The
advancing ice masses dug basins and troughs in the continental shoreline. Mecklenburg
Bight is such a trough with a maximum depth of 28 m, i.e. well below the fair weather
wave base. Up to 7 m of mud is accumulated below the 20 ±2 m isobath, which in-
cludes over half of the Bight (1 400 out of 2 500 km2, Fig. 8.8), the remainder being
fine- to coarse-grained sand. Net sediment accumulation rates of 30–65 mg cm–2 yr–1

(dry weight) were reported for mud sampling sites in Mecklenburg Bight based on
210Pb radionuclide dating of (albeit severely disturbed) sediment cores (Gellermann
et al. 1990). During the course of a year, the SPM composition is controlled by en-
hanced biological production in spring and summer, and wave-driven resuspension
in the autumn and winter periods. Tidal currents in the semi-enclosed Baltic Sea are

Fig. 8.8. Schematic map showing for the Mecklenburg Bight the bathymetry and sampling sites (bathy-
metric data are taken from Seifert and Kayser 1995)
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negligible, and the hydrographic structure is mostly related to atmospheric forcing.
There is a large seasonal and a minor annual wind variation in the area. During sum-
mer, stratification results from heating of the upper layer, and leads to anoxia in bot-
tom waters. Winter cooling and winter storms remove much of the upper layer strati-
fication. Since the Baltic Sea is fetch limited (i.e., distance that wind blows over the
open water body), the dominant wind direction is important for the maximum wave
heights (NE for the Mecklenburg Bight). The brackish salinity conditions also change
both vertically and seasonally due to admixture of less saline waters from the east and
more saline water from the northwest. Winter storms can introduce sufficient quanti-
ties of saltwater from the North Sea into the Bight, adding to the pronounced summer
stratification through the buoyancy input. A comparison of the near-bottom hydro-
dynamic conditions by bottom tripod and current-meter mooring with experimen-
tally derived critical shear stress velocities suggests that particle transport is con-
trolled by storm events in winter, whereas under calm summer season conditions shear
stress velocities do not exceed the critical values (Ziervogel and Bohling 2003; Bohling
2005). Bottom current scour leads in the former case to intense resuspension of the
surface mud layer to a yet unknown depth, and to elevated near-bottom SPM concen-
trations in the range of 1–10 mg l–1 (Kersten et al. 1998). Light scattering measure-
ments have shown that in winter season an entrained SPM-rich nepheloid layer may
extend up to 2–5 m above the bottom, and be transported by the bottom currents
counter-clockwise through the Bight to the northeast (Prandke 1986). These trans-
port patterns have recently been modeled using an Eulerian approach (Kuhrts et al.
2004; Bobertz et al. 2005).

Two adjacent sampling sites in the eastern part of the Mecklenburg Bight were stud-
ied (Fig. 8.8). Sampling site no. 12 at 54°18.90' N and 11°33.00' E in the outer part of the
Bight is the same as the International Baltic Monitoring Program reference sampling
site BMP-M2, and was sampled for the radionuclide tracer profile measurements, while
the adjacent sampling site “DYNAS-mud” (54°13.26' N, 11°36.96' E) was sampled for
the erosion chamber experiments. Both sites are covered by mud (>90% medium silt
sized) at a water depth of 25 m, with a clay mineral content of 3.1 ±0.6%, and a mean
grain size of about 20 µm. One may argue whether this type of mud is to be classified
as cohesive sediment, since Dyer (1986) has set up a threshold where cohesion begins
to be significant when sediment contains more than about 5–10% of clay by weight.
However, Mitchener and Torfs (1996) define cohesion by the content of the fines frac-
tion (<63 µm) and experimentally derived a threshold of 3–15% fines by weight for the
occurance of cohesion. Whitehouse et al. (2000) give a similar figure of 10% fines by
weight for the onset of cohesion. According to these definitions the studied mud can
be classified as cohesive sediment.

Sediment core sampling, sample pre-treatment, and analysis of both the radiotracer
depth profiles (Kersten et al. 2005) and the erosion chamber experiments (Gust and
Müller 1997; Bohling 2003; Ziervogel and Bohling 2003; Ziervogel and Forster 2006)
have been discussed in detail previously. In our interdisciplinary approach, results of
both these studies originally performed independently will be compared. Full details
of the methodologies of both studies can be found in Kersten et al. (2005) and Bohling
(2003), respectively.

8.2  ·  Comparison of Cohesive Sediment Erosion Rates
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8.2.3 Net Erosion Rate from Radionuclide Tracer Profiles

234Th is produced in seawater from the decay of 238U, and is particularly useful in as-
sessments of suspended particulate matter (SPM) transport in coastal environments
due to its relatively rapid decay (Kersten et al. 1998). The parent nuclide 238U is dis-
solved in seawater under oxidizing conditions as the anionic uranyl carbonate com-
plex, and therefore behaves conservatively with salinity. The daughter nuclide 234Th,
on the other hand, is present in the form of the particle-reactive hydrolysis product
Th(OH)n

(4–n)+. Measured distribution coefficients of the latter are on the order of
Kd≥ 106 l kg–1, while 238U has only a maximum Kd = 102 l kg–1. 234Th is therefore scav-
enged rapidly by SPM accumulating in excess of the background fraction supported by
the particulate 238U load. The disequilibrium which is induced between 234Th and its
parent 238U has for many years been recognized as a radiotracer of particle residence
times in marine environments. In coastal systems with no significant river input as in
the present case study, scavenging particles originate mainly from biological processes
and sediment resuspension. In a previous paper, SPM residence times were determined
for the Mecklenburg Bight on the basis of the short-term variability in the partitioning
of 234Th in the water column (Kersten et al. 1998). Once scavenged by SPM and depos-
ited to the bottom, particulate 234Th decays too rapidly to accumulate in sediment (half-
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life 24.1 days). Any enrichment in surficial sediment layers, if at all detectable, is there-
fore purely controlled by SPM admixture events.

Specific 238U and 234Th activities on a dry weight basis for the sediment cores col-
lected in November 1994 are listed in Table 8.2. The water content decreases gradually
from over 80 wt.-% for the sediment surface layer (0–1 cm), to a discontinuity and
thereafter constant 58 ±2 wt.-% at about 10 cm depth (Table 8.2 and Fig. 8.9). Figure 8.9
shows the radiotracer profiles in the non-linear cumulative mass depth scale, M (g cm–2),
instead of the conventional linear depth scale (cm). This scale conversion facilitates
depositional mass flux estimation in the case of significant post-depositional compaction.
Conversion between the linear depth scale z and the mass depth scale m for both sam-
pling sites is given in Table 8.2 as defined by

(8.1)

where ρ i (g cm–3) is the dry bulk density in the ith core section of linear depth interval
∆zi. A normal secular equilibrium with the parent 238U sediment activity is found for
the Sept. 1995 cores, but an anomalous disequilibrium was found for the Nov. 1994
cores at the same site, with an up to 3-fold excess 234Th activity in the topmost sediment
layers (Table 8.2, Fig. 8.9). Secular equilibrium values were reached only below 10 cm
depth. The difference between both sampling campaigns was a storm event (Beaufort
Force 8, i.e. wind velocities above 15 m s–1) which occurred just a few days before the
Nov. 1994 campaign. A likely scenario is that a relatively quiescent period marked by
slow sediment deposition, and (if at all) weak bioturbation seasonally restricted by the
summer bottom water anoxia, was followed by an instantaneous wave-driven pertur-
bation event that somehow admixed 234Th-laden SPM into the sediment. Though the
exact mechanism is not clear, the radiotracer profile clearly evidences a perturbation
depth of up to 10 cm in this cohesive sediment during the storm event. This is also

Fig. 8.9.
Specific 234Th activity mass
depths profiles for sediment
cores sampled in November
1994 upon a storm event (�),
and in September 1995 (�),
and the supporting 238U activity
for the latter (�). The solid
curve represents a fit by a one-
dimensional sediment mixing
model (Kersten et al. 2005).
The dotted line is water con-
tent for the Nov. 1994 case

8.2  ·  Comparison of Cohesive Sediment Erosion Rates



322 Chapter 8  ·  Fine Sediment Particles

reflected in a two-layer pattern of the sediment porosity, with the upper partially con-
solidated layer having a lower resistance to erosion than the fully consolidated layer
below the porosity discontinuity (Fig. 8.9).

The model for the fit curve for the 234Th tracer distribution depicted in Fig. 8.9 has
been previously discussed in detail (Kersten et al. 2005). The exponential decrease is
due to 234Th admixture, rather than decay upon steady-state burial. Our conceptual
model for the admixture mechanism is based on a time sequence of (i) fluidization of
the partially consolidated sediment layer, with low 234Th equilibrium inventory,
(ii) entrainment of the thus produced fluid mud, (iii) mixture of 234Th far beyond the
equilibrium level supported by the 238U inventory (Kersten et al. 1998), and (iv) re-
deposition/consolidation of the thus 234Th-laden mud layer upon cessation of the storm
event. The radiotracer profile is then mainly a result of a non-instantaneous particle
settling process. Coarser flocs are deposited first, but have scavenged a lower amount
of particulate and dissolved 234Th due to shorter residence time in the water column.
The longer the mud portion kept entrained during the storm event, the more particu-
late and dissolved 234Th from the water column was scavenged, and the later it was
deposited thus forming the characteristic 234Th profile exponentially increasing from
bottom to top of the now partly consolidated sediment. The constant but most elevated
234Th activity in the upper-most portion of the core profile may have resulted from
some post-depositional perturbation on the days before the measurement campaign.
Based on this conceptual model, sediment-water interaction models are appropriate
for an assessment of the net sediment mass effectively eroded, which appears (if at all
accountable) much less than the total amount of sediment scoured during this com-
plex sediment bed dynamics. Such models can be used if data are available on the
234Th inventory of SPM particulates in the bottom water phase (Rutgers van der Loeff
and Boudreau 1997). In the case of an instantaneous admixture of 234Thex in excess of
the supported levels down to an effective mixing depth, the amount of material ex-
changed during the wave event can be simply assessed. For this, the ratio of the 234Thex
inventory has to be related to the excess 234ThSPM load accumulated in the admixed
suspended matter. Activities for the latter of 290 ±10 dpm g–1 were measured during
the same November 1994 campaign just 3 m above the sea bottom (Kersten et al. 1998).
These activities, albeit nearly two orders of magnitude higher, are still in the mean
range of what is to be expected in similar dynamic coastal environments (Radakovitch
et al. 2003). For a rough balance between input and output (net erosion = net deposi-
tion), one may estimate the sediment exchange flux J (net mass of resuspended sedi-
ment per unit surface area for the respective sediment depth in mg cm–2), and inte-
grate this from top to down the maximum linear mixing depth:

(8.2)

The estimated exchange loads for each of the measured sediment layer in the Nov.
1994 sediment core are listed in Table 8.2 (with variance representing the scatter in
the actual 234Th data). The thus estimated integral sediment exchange flux of
33 ±5 mg cm–2 represents a non-steady-state amount of wave-induced short-term (dry-
weight) mass movement into/out of the sediment deposit, and can be translated into
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a particulate contaminant flux as discussed previously by Kersten et al. (2005). This
net erosion flux is actually less than the dry bulk density of a 1-cm wet sediment slice.
It therefore corresponds to only a few mm of wet sediment depth, in the order of what
has been found for the yearly net linear sediment accumulation rate in the Mecklenburg
Bight (Gellermann et al. 1990), and also in the order of what has been found recently
for transport bottoms in a freshwater environment using the particle-reactive tracer
7Be instead of 234Th (Fitzgerald et al. 2001). The activity of the former tracer does not
depend on salinity because of atmospheric processes as the source term, and its use is
therefore more appropriate at freshwater sites (Feng et al. 1999). For derivation of a net
erosion rate, the integral sediment exchange flux has to be divided by the time during
which the flux has been effective, but this is difficult to estimate. Nowadays it is be-
lieved that the occurrence of “turbulent bursts” (Nelson et al. 1995; Amos et al. 1997)
are responsible for the entrainment of sediment under such conditions. This would
yield in a net erosion rate in the order of 10–3 g m–2 s–1 for such a scenario, but may
change by one order of magnitude more or less depending on the assumed time con-
straints. The gross erosion rate according to our conceptual model is an order of
magnitude higher since it comprises scour of a maximum of 10 cm of partially con-
solidated sediment depth.

8.2.4 Discussion and Conclusions

Most natural cohesive beds have a fluffy, unstable surface layer. The cores investigated
during the erosion chamber experiments (Bohling 2003; Ziervogel and Bohling 2003;
Ziervogel and Forster 2006) were covered by such a well-developed albeit thin fluffy
surface layer. It exceeded a thickness of a few millimeters in January 2002, and was up
to 1 cm thick in September 2000. This loosely bound material does not show any cohe-
sive effects, unlike the underlying silt-sized partially consolidated sediment, and hence
there is a shift in the threshold for erosion towards lower values. A mean critical shear
stress velocity u*c  of 0.62 cm s–1 was measured for this material, with low variation ex-
cept for the maximum value of 1.00 cm s–1 in July 2001 (Ziervogel and Bohling 2003),
and a somewhat lower value of 0.4 cm s–1 in September 2000. Literature data of critical
shear stress velocities for fluff across a range of environments compiled by Ziervogel and
Bohling (2003) are of the same order. The mean u*c  value of 0.6 cm s–1 will therefore be
used for subsequent modeling. Erosion of the underlying cohesive sediment can not be
observed with the experimental setup, nor with another setup used by Bohling (2005).

Both critical shear stress (τ c) and critical shear stress velocity (u*c) are common
threads when evaluating sediment stability due to erosion. Shear stress (τ , in N m–2

= Pa = 10 g cm–1 s–2) can be calculated using the simple quadratic stress law:

(8.3)

where ρw is the water density (approximately 1 000 kg m–3), u* is the shear stress veloc-
ity (m s–1), and τ  is the shear stress. The value of the bed shear stress, at which the
threshold of erosion is reached, is defined as critical shear stress τ c. The critical shear
stress depends on the particular sediment being tested and is generally derived em-

8.2  ·  Comparison of Cohesive Sediment Erosion Rates
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pirically using Eq. 8.3. A critical shear stress velocity of 0.6 cm s–1 translates by this
equation to a critical shear stress of 0.04 Pa (Bohling 2003). Erosion rates depend on
the actual difference between the maximum bottom shear stress during a storm and
the experimentally derived critical shear stress. In a recent review paper by Lick et al.
(2006) different equations for sediment erosion rates reported in literature are exam-
ined. They concluded that erosion rates for all sediments sizes can best be approxi-
mated with a single, uniformly valid equation:

(8.4)

where E is the erosion rate (g cm–2 s–1), M is a site-specific erosion constant (s cm–1),
τb  is the bed shear stress occurring during an erosion event which is site-specific and
is generally a modeled quantity, and τ cn is the critical shear stress for non-cohesive
particles given by:

(8.5)

where d is the mean particle diameter (m). For coarse-grained, non-cohesive sediments,
Eq. 8.4 reduces to the simple formula:

(8.6)

This equation has been used, e.g., by Puls and Sündermann (1990) for sediments
typically encountered in the open North Sea. However, it is not valid for fine-grained,
cohesive sediments. For the latter, i.e. when d tends towards 0 and thus τ c,max << τ cn,
Eq. 8.4 reduces to the formula:

(8.7)

The value for the exponent n is a matter of debate. Thorn and Parsons (1980), Puls
and Sündermann (1990), and Sanford and Maa (2001) used a value for the exponent
n = 1. Lick et al. (2006) claim from their work with flumes performed over more than
two decades that n in Eq. 8.6 is typically about 2 or smaller, and for Eq. 8.7 is about 2
or greater. They have also shown, that Eq. 8.6 may be used for fine-grained sediment
with a quite low n (1.3 in their experiments) but at the cost of a quite poor approxima-
tion of the experimental data. The erosion constant M used for Eq. 8.6 depends on the
value of n (unit compensation). A benefit of the bracket term in Eq. 8.7 is that it be-
comes dimensionless which render unit search for M quite simple (same unit as E, e.g.,
1 · 10–4 g cm–2 s–1 is used by Lick et al. 2006). However, in order to remain compatible
with parameters used in the well established general ocean circulation model for the
Baltic Sea (Kuhrts et al. 2004), we decided to use Eq. 8.6 with a lowest possible n = 1
which gives finally an empirical floc erosion rate of:

(8.8)
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in agreement with the well known fact that the relationship between velocity and erosion
is nonlinear. The erosion constant M* used for Eq. 8.8 is in the order of 1 · 10–5 s cm–1 for
the n = 1 choosen (Kuhrts et al. 2004). At the studied position in the deepest part of the
Mecklenburg Bight a value for the maximum shear stress velocity of 0.8 cm s–1 for a NE
wind velocity of 15 m s–1 were derived from a general ocean circulation model (Kuhrts
et al. 2004), which gives a value for the skin friction (bracket) term of 0.26 cm2 s–2. This in
turn gives an erosion potential of 0.026 g m–2 s–1 during such a storm event which is com-
parable with the experimentally derived erosion rates at u* = 0.8 m s–1 (Fig. 8.10) but an
order of magnitude higher than the net erosion rate actually derived from the on-site
radiotracer measurements.

One should bear in mind that the thus derived erosion potential is valid only for the
fluffy layer, for which experimental data are available. The transport of cohesive sedi-
ment is typically characterized by at least two threshold conditions, one for newly
deposited sediment, and the other for those that have undergone (partial) consolida-
tion (Amos et al. 1997). Differences in erosion behavior between the topmost fluffy
layer and the underlying sediment would best be parameterized using a two-layer model
such as, e.g., introduced by Amos et al. (1992):

(8.9)

where ε f is an empirical floc erosion rate such as determined above, α  and β  are em-
pirical constants, and z is the ultimate depth of erosion. The latter might reach several
cm in depth as evidenced by the radionuclide tracer results discussed above. Depth-
dependent shear stress velocities have not been measured but appropriate techniques
are available (McNeil et al. 1997; Witt and Westrich 2003). Critical shear stress veloci-
ties for consolidated sediment layers underlying the fluffy layer are usually higher (e.g.,
up a factor of 5) than that measured for the fluffy layer (e.g., Bohling 2005). However,
using the latter values would decrease the skin friction term to almost a no-erosion

Fig. 8.10.
Erosion rates for the DYNAS
mud station in the Mecklen-
burg Bight derived from ex-
periments with an erosion
chamber (Bohling 2003;
Ziervogel and Forster 2006) in
comparison with the erosion
rate derived from radionuclide
tracer profiles and the calcu-
lated value from the concep-
tual model of this study. The
dashed line indicates the
erosion threshold according to
the definition of Ziervogel and
Bohling (2003), where u* = u*c
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scenario (Kuhrts et al. 2004). On the other hand, our conceptual model of bed dynam-
ics during a storm event includes a fluidization step of the partly consolidated sedi-
ment forming an extended fluid mud layer. This would make a model based on Eq. 8.9
obsolete. Moreover, it is traditionally assumed that eroded cohesive sediments are all en-
trained and take part in the suspension transport, whereas our radionuclide tracer data
suggest that bulk erosion of the bed might well be overestimated if the mass of the fluidized
mud is only affected by a rather limited bed load transport before being redeposited.

The radiotracer profiles evidence a significant redeposition upon a deep sediment scour
event. The occurrence of redeposition is supported also by negative values for erosion
rates in the erosion experiments (Fig. 8.10). This would imply that pure resuspension is
up to an order of magnitude higher than net resuspension (difference between pure re-
suspension and pure redeposition) for this mud site, but it may well be characterized by
a long-term equilibrium between erosion and deposition (pure resuspension = pure re-
deposition). Such a situation, however, would have a severe impact on contaminant trans-
port models. For example, a particular SPM concentration (and its contaminant load) can
be obtained by high values or by low values of both erosion and deposition, as long as they
balance. The parameters used by the two models, however, are quite different, with a direct
impact on the prediction of sediment dynamics and choice of remedial action. Large net
erosion rates indicate that buried contaminants may be uncovered, be resuspended, and
hence will contaminate surface waters which then necessitate dredging or capping as choice
of remediation. On the other hand, small net erosion at high shear stresses and sediment
scour indicates that contaminants are probably less redistributed over long distances, but
permanent sediment reworking would keep them at sediment surface in reach of the
epibethon. Natural attenuation may then become effective at much longer time scales
than expected as discussed by Kersten et al. (2005) and Leipe et al. (2005).
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8.3 The Use of Geochemically Labeled Tracers for Measuring Transport
Pathways of Fine, Cohesive Sediment in Estuarine Environments

8.3.1 Introduction

Understanding the dispersion patterns of the fine sediment fraction (<63 µm) and its
associated contaminants is fundamental to the sustainable management of coastal and
marine resources. Better predictions of fine sediment transport are of great importance
to those involved in seabed mining activities, as well as to port operators and dredging
companies who maintain navigation routes and enable continued access to ports, harbours
and industrial installations. Additionally, recent trends towards the beneficial re-use of
dredged material in coastal protection and habitat creation schemes and the adoption of
new dredging techniques, such as water injection dredging, means that understanding
fine sediment transport is more pertinent than ever. More accurate measurements of fine
sediment transport pathways and fluxes will also aid our understanding of fundamental
morphological processes such as coastal response to sea level rise, re-working of sedi-
ments within the inter-tidal zone and the interactions between ecology and sediment stabil-
ity. While a large number of these activities impact directly on the management of the coastal
zone and its resources, problems of fine sediment management are by no means restricted
to the coastal environment. Offshore drilling operations have in the past released consid-
erable quantities of fine sedimentary material into the marine environment, much of which
remains locked into the cuttings piles that have built up beneath the platforms. One of the
major issues that has arisen from a review of de-commissioning options for these installa-
tions has been the potential liberation of these materials back into the marine environ-
ment and their potential impacts on the biota and the surrounding environment.

Prediction of sediment dispersion in the coastal zone relies upon accurate and reliable
field techniques for the measurement of sediment transport pathways. Historically, this
role has been fulfilled by the use of sediment tracing techniques using radioactive tracers
(Courtois and Monaco 1969; Heathershaw and Carr 1978), fluorescent sands (Voulgaris
et al. 1998) and sediment trend analysis (McLaren and Bowles 1985). However, radioactive
tracer studies are considered unacceptable on environmental grounds and due to the
cohesive characteristics of clays the latter two techniques are unsuitable and inaccurate for
measuring transport pathways of fine-grained sediments. Therefore, there is an urgent
need to develop a field methodology suitable for studying the dispersion and transport of
the <63 µm fraction and in particular the clay component. Here, we present an overview
of the results of a recent study to examine the potential of using Rare Earth Element la-
beled sediments as tracers for fine sediment in estuarine and marine environments.

8.3.2 Background

Sediment tracing techniques have been widely used since the 1950s and have huge
potential to a range of end-users in the marine environment. Fluorescent sediment
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tracing has been used to determine sediment transport rates (e.g., McComb and Black
2005; Balouin et al. 2005), to validate sediment transport and re-suspension models
(e.g., Cromey et al. 2002) and to assess the morphodynamic response of coastal sedi-
ments to changing hydrodynamic conditions (e.g., Michel and Howa 1999). However,
due to the cohesive nature of clays and their interaction with their transporting me-
dium these techniques are only suitable for the sand fraction.

Therefore, there has been considerable effort within the scientific community to
develop a tracer for the fine sediment fraction (<63 µm) including the use of synthetic
tracers and the labeling of clays with a variety of chemical and biological markers. The
commercial sector has developed synthetic fluorescent tracers with the same size, density
and surface charge characteristics as the flocculated clay and silt fraction. For example,
fluorescent paint pigments have been used to track the dispersion of contaminated
sediments from combined sewer outfalls and may have some useful applications when
studying the behavior of fine sediment deposition in natural waters (Adams et al. 1998).
However, these pigments are organic resins, spherical in shape and have high hydro-
phobicity meaning that their flocculation characteristics and interaction with other
natural particles in suspension varies considerably from their natural clay and silt
counterparts (Newman et al. 1990). While this generation of tracers has been subject
to evaluation on the basis of a number of field studies, these deficiencies have been
recognized and hence their use has not been widely accepted by the user community.

Clays, natural sediments and soils have been labeled with DNA (Mahler et al. 1998a),
iridium (Yin et al. 1993), short-lived radioactive isotopes (Courtois and Monaco 1969; Heather-
shaw and Carr 1978; Quine et al. 1999; Kachanoski and Carter 1999) and Rare Earth Ele-
ments (REEs) (Krezoski 1985; Mahler et al. 1998b; Matisoff et al. 2001; Zhang et al. 2003).
These tracers have then been used to measure particle transport pathways in a number of
environments including lakes, groundwater, shallow seas, karst systems and upland catch-
ments. The REEs have been studied in particular as they have a high binding capability
with clay minerals, low mobility and low natural background concentrations in sediments.

Even though there is clearly a strong demand for a suitable fine sediment tracer
neither synthetic fluorescent particles nor labeled clays have gained widespread usage
in the marine environment for a number of reasons. The tracer signal should be easily
detectable using routinely available analytical techniques. However, labels such as iri-
dium or DNA are costly to analyze and analytical facilities are not necessarily widely
available. Once the labeled sediment is released to the marine environment there is
potential for exchange with competing cations in saline solution and hence loss of the
tracer signal. Both Mahler et al.  (1998b) and Spencer et al. (2007) have found that the
retention of REEs in saline conditions is good but the widespread demonstration of
these tracer sediments has been largely restricted to freshwaters. Tracer sediment should
have the same physical properties as the sediment it is intended to mimic in terms of
flocculation and settling characteristics, and erodability. Synthetic fluorescent pigments,
while sharing many physical characteristics with silts and clays, display significantly
different flocculation behavior and information regarding the physical behavior of
labeled natural sediments is not currently available in the literature. Finally, it is criti-
cal that that any material discharged to open waters should be environmentally benign
and as a result the regulatory authorities are now reticent to issue discharge licenses to
release even short-lived radioactive isotopes to the aquatic environment.

8.3  ·  The Use of Geochemically Labeled Tracers for Measuring Transport Pathways
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8.3.3 Rare Earth Element Labeled Sediment Tracers

A range of REE labeled clay minerals have been developed and their potential as sedi-
ment tracers for the <63 µm fraction in estuarine and marine environments has been
assessed. The technological constraints highlighted above that have restricted the use
of labeled sediments as tracers have been addressed and are reviewed below. Kaolinite,
montmorillonite, hydrobiotite and phlogopite have been labeled with La, Sm and Ho.
Full details of sediment composition and preparation are given in Suzuki and Spencer
(in review) and Suzuki et al. (in prep.).

Detection of the Tracer Signal

Following tracer release in the marine environment, sediment will disperse according to
prevailing hydrodynamic conditions, typically resulting in between 106 and 109 fold dilu-
tion of the tracer signal. Therefore, a major technical concern has been the ability to de-
tect the tracer signal once it has entered the coastal environment and to distinguish it
from background concentrations. In order to enhance the tracer signal the sorption of
REEs to the clay minerals has been optimized by varying pH, solid to solution ratio, ionic
strength of solution and equilibration time (Suzuki and Spencer, in review). In addition,
phlogopite and hydrobiotite were also pre-treated with sodium tetraphenyl boron (NaBPh4)
to enhance cation exchange capacity (CEC) (Suzuki et al. in prep.). Following optimized
sorption, the REE content of the labeled clay minerals is between 4.27 and 5.17% dry
weight (Table 8.3) and following the dilution of these concentrations the tracer should
still be detectable in coastal sediments using ICP-OES and ICP-MS techniques. These ana-
lytical techniques are now widely available in most academic and consultancy laborato-
ries. The treatment of expansible phases such as hydrobiotite and phlogopite with NaBPh4
has enhanced their CEC by between 288 and 316% resulting in a significant increase in the
amount of REE sorbed to the clay minerals and hence elevating detection levels of the
tracer once dispersed in the marine environment.

Retention of the Tracer Signal

Once the labeled sediment tracer is released to the marine environment there is poten-
tial for desorption of the REE label through exchange with competing cations and/or
complexation with chelating organic compounds present in coastal waters. Significant
desorption of the REE label in situ would result in reduced detection of the tracer sig-
nal in sediments. Additionally, continuous desorption of the REE label after tracer de-
ployment will render the modeling of tracer sediment dispersion very problematic.

In order to examine the chemical stability of the sediment tracer desorption batch
experiments were carried out over varying time, pH, salinity (0.5–35 psu) and organic
acid concentrations (Suzuki et al. in prep). The batch desorption experiments were
carried out in a 1% solid suspension. The mixture was agitated on an automated rotor
table (100 rpm) and 2 ml of the suspension was sampled at regular intervals over 14 days.
Concentration of the REE in the supernatant was determined by ICP-OES (Vista-Pro,
Varian, UK) after centrifugation (3 000 rpm, 15 minutes).
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Between pH values 7 and 9 in de-ionized water (control), varying concentrations of
REE were desorbed from the clay mineral substrate (Fig. 8.11). However, stability was
greatest for montmorillonite with between 75–85% of La, Sm and Ho being retained
over a 2-week period. Under saline conditions, the La and Sm labeled sediment tracer
released over 40% of the sorbed La and Sm within the first 10 hours. However, less
than 10% of Ho was desorbed from montmorillonite over a 10-day period and this can
be attributed to its small ionic radii and hence high binding capability to clay minerals
(Fig. 8.12). Where effective neutralization can be achieved, thermal treatment of clay

Fig. 8.11.
Rare earth element retention
on montmorillonite as a
function of pH after 2 weeks
exposure to de-ionized water

Fig. 8.12.
Retention of REEs on mont-
morillonite in seawater (36 ppt)
as a function of time
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minerals results in ionic migration to vacant octahedral sites (Miller et al. 1982). Hence,
in order to enhance the stability of sorbed Ho the labeled clays were dried at 300 °C
during the initial tracer preparation.

Preliminary experiments have also indicated that <10% of Ho was desorbed from
montmorillonite over a range of humic acid concentrations, although considerably
higher concentrations of La and Sm were desorbed from phlogopite and hydrobiotite.
Background concentrations of the REEs and in particular Sm and Ho are low in estuarine
sediments (e.g., Weltje et al. 2002). Therefore sediment tracers labeled with these two
REEs will be easily distinguishable from background signals.

Physical Behavior of the Tracer Sediment

For any tracer to provide meaningful results it must exhibit the same physical charac-
teristics as natural cohesive mud in terms of particle size, density, erodability and floc-
culation behavior. This is relatively easy to achieve with non-cohesive materials such
as sands and silts, but no particulate tracer has yet been developed which has demon-
strably matched the transport relevant characteristics of cohesive sediment.

The floc characteristics, settling behavior and mass flux distributions of Ho labeled
montmorillonite were examined using tracer to natural estuarine mud ratios (T:M) of
T100, T75:M25, T50:M50, T25:M75 and M100. This was carried out under a range of
suspended particulate matter (SPM) concentrations at constant salinity (Manning et al.
in prep). The floc size and settling velocity measurements were obtained using the
LabSFLOC (Laboratory Spectral Flocculation Characteristics) instrument (Manning
et al. 2006). The settling flocs were viewed by a high-resolution video camera and floc
images were recorded by an S-VHS video recorder. All individual flocs comprising a
population were observed for spherical-equivalent floc size (D) and settling velocity
(Ws). Where particle Reynold’s numbers were low, the simultaneous direct measure-
ment of D and Ws enabled the calculation of effective density (ρ e) using Stoke’s Law.
Floc dry mass, floc porosity and the mass settling flux (MSF) were then calculated for
each floc population (Fennessy et al. 1997; Manning 2004). Mass settling flux is de-
fined as the product of the settling velocity and SPM concentration. The experimental
work focused on the macrofloc fraction (>160 µm) which represents the majority of
flocculated matter in an estuary (Mehta and Lott 1987).

For the entire experimental SPM concentration range, the difference in mean
macrofloc diameter for T100 and M100 samples was <16%, while macrofloc porosity
consistently ranged from 90–93%. The macrofloc effective densities were <120 kg m–3.
This all suggests that both the tracer and natural mud have a similar floc structural
composition. The settling velocities, Wsmacro for T100 and M100 were 2.9 mm s–1 and
2.5 mm s–1, representing a 14% difference (Fig. 8.13) while various T:M ratios produced
–4% to +11% deviations from the macrofloc settling velocity of natural mud, suggest-
ing that the tracer readily flocculates with natural cohesive sediments.

The SPM distribution across the complete floc population is also important for accu-
rate MSF simulations. For example, the experimental work revealed that at only a 5%
deviation, the mass apportioning across the floc spectrum (for a 500 mg l–1 base SPM) was
very similar for both 100% tracer (64% macrofloc mass) and pure mud (69% macrofloc
mass). This is very similar to values reported by Manning (2004) in a number of European
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estuaries during neap tides. When both mass and Ws factors were combined, the data indi-
cated just an 11% MSF difference between the T100 and M100 suspensions at 500 mg l–1.

Therefore, these preliminary laboratory tests demonstrate that the tracer has very
similar dynamics to real mud flocs, while also readily interacting and flocculating with
natural mud. Further gravimetric testing of the tracer sediment is currently being
performed using a large diameter settling column.

8.3.4 Conclusions

Both commercial and academic end users would benefit from the development of a field-
based methodology to measure sediment transport pathways of the <63 µm fraction. To
date the development of such a tracer has been problematic. The use of fluorescent sands
and other fluorescent particles do not possess the same settling and flocculation charac-
teristics as natural cohesive mud. The use of chemically labeled sediments has been hin-
dered due to problems of tracer detection and potential loss of the tracer signal following
release in marine environments. Rare Earth Element labeled sediments have demonstrated
a good potential for development as particle tracers. The REE content of the tracer sedi-
ment can be optimized by varying solute concentration, pH and ionic strength, while de-
sorption in the saline environment can be minimized by pre-treating the clay minerals.
The labeled sediments have similar physical characteristics to natural cohesive sediment.
Therefore, they will provide a far more accurate measurement of field sediment transport
pathways for the <63 µm fraction than other fine sediment tracers currently available.

In order to gain end-user confidence in this technique there is a need to develop
robust sampling protocols and demonstrate the use of the sediment tracer in a number
of highly controlled and well-documented field trials. This work is currently in progress.
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Fig. 8.13.
Mean settling velocity for the
floc size fraction >160 µm for
tracer to natural estuarine mud
ratios (T:M); T100, T75:M25,
T50:M50, T25:M75 and M100
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8.4 Dynamics of Heavy Metals and Arsenic – Hungarian Tisza
River Sediments after Mining Spills in the Catchment Area

8.4.1 Introduction

Sediments are an essential compartment of rivers and represent an important
basis for aquatic life. In contrast to lakes, they are subject to greater dynamics. Land
use, climate and hydrology as well as urban and industrial settlements have a strong
influence on the sediment quality and on the sediment’s function as a habitat.
Anthropogenic activities in river catchment areas, e.g., mining and the related pro-
cessing of ores, lead to the enrichment of heavy metals and As in river sediments,
which has a lasting degrading effect on the sediment quality. The most important
fractions of sediments are the fine grain sizes (clay and silt). Their physical and chemi-
cal properties, e.g., large specific surface area and high ion exchange capacity, enables
them to scavenge contaminants efficiently. Another important factor of the fine grain
sizes is their remobilization and their (remote) transport as suspended particulate
matter (SPM).

As an example of a river catchment area influenced by strong mining activities, the
dynamics of heavy metals and As along the rivers Tisza and Szamos in Hungary after
accidental mining spills in Romania are presented and assessed.

In early 2000, two major accidental mining spills caused an ecological disaster at the
rivers Tisza, Szamos and some of their tributaries in Romania and Hungary. In both
cases, the accidents were triggered by heavy rainfalls and strong snow melts. The first
accident occurred near Baia Mare, a gold processing plant in northwestern Romania,
which released cyanide and heavy metal containing tailings water (approx. 100 000 m3;
approx. 1 000 t cyanide, approx. 1 000 t heavy metals) into a tributary of the Szamos
(WWF 2002). The immediate effect was the death of more than 1 240 t of fish along the
Hungarian section of Tisza and Szamos.
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The second mining spill happened near Baia Borsa (NW Romania), where a tailings
dam broke and released heavy metal containing water (approx. 100 000 m3) and solid
waste (approx. 20 000–40 000 t) into the Vaser River (Romania), which flows into the
Upper Tisza (Fig. 8.14). Several studies were performed to investigate the temporal
course, the extent and the toxic effects of the accidents on the Tisza River Basin (Black
and William 2001; Kraft et al. 2006; Osán et al. 2002; Soldán et al. 2001).

Besides these major accidental inputs, the Tisza catchment is characterized by the
strong mineralization of the Maramures County in NW Romania and a long historic
record of mining since pre-Roman times with the related environmental impact. Mined
elements include non-ferrous metals like Au, Cu, Pb and zinc. Heavy metals in the
sediments of the Hungarian section of Tisza and Szamos are strongly enriched com-
pared to the local geogenic background concentrations (Kraft et al. 2003). Water and
sediment show higher concentrations especially of Zn in the Szamos than in the Tisza
(Woelfl et al. 2004). Metal input into the rivers continues, as Óvári et al. (2004) de-
tected elevated Zn concentrations in the water phase of the Szamos but not of the
upper Tisza.

This study investigates the dynamics of As and heavy metals in sediments since the
accidents in 2000 along the Tisza and the Szamos in Hungary. The top 5 cm of river
sediments (0–5 cm) are used to characterize the surficial trace element contents shortly
after the accidents (June 2000), one year later (Feb. 2001) and finally five years after the
spills (May 2005). Multivariate statistics, i.e. cluster analysis, are employed to extract
information on relations of the sampling sites along the rivers.

Fig. 8.14. Location of the sampling sites at the rivers Tisza and Szamos (large map; sampling sites la-
beled according to their distance towards the confluence of Tisza and Danube: river kilometer = rkm = 0)
and the spill sites in the Tisza Catchment (1: Baia Mare; 2: Baia Borsa; small map)
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8.4.2 Materials and Methods

Sampling

The effects of the mining spills in northwestern Romania on the Hungarian rivers were
investigated by sampling the rivers Szamos and Tisza from the Hungarian-Romanian
border in the northeast to the Hungarian-Serbian border in the south. The sampled
locations are marked in Fig. 8.14. The sites are labeled according to the river (T = Tisza,
S = Szamos) and their distance (rkm = river kilometer) towards the confluence of Tisza
and Danube (rkm = 0).

In 2000, two locations at the Szamos and 11 locations at the Tisza were sampled.
One year later, two additional sites were included in the investigation of the Szamos to
attain a better picture of sedimentation processes along the Hungarian river section. The
sampling campaign of 2005 included three sites at the Szamos and seven sites at the Tisza.

Surface sediments were sampled along the river bank by carefully scooping a sedi-
ment section with a thickness of up to 5 cm with a shovel. The wet samples were kept
frozen (–40 °C) in polyethylene bags until further preparation.

Sample Preparation

The frozen samples were freeze-dried at –5 °C for 48 hours (Christ, Alpha 1, Germany).
Larger particles, i.e. plant parts and stones, were manually removed with tweezers.
Before chemical analysis, the samples were homogenized in an agate mortar and sieved
through a 1 mm plastic sieve (Fritsch, Germany).

The chemical composition was determined at the grain size fraction <20 µm,
which was separated by wet sieving with ultrasonic treatment and in 2001 by a com-
bination of sieving with ultrasonic treatment and sedimentation described in detail
by Bachmann et al. (2001). The applied separation techniques caused differences
only in the mass fraction, but no significant changes of the element concentration
(Kraft 2002).

Chemical Analysis

The fine fraction of the sediments (<20 µm) was selected for the analysis based on its
larger adsorption capacity than coarser grain sizes (Ackermann et al. 1983), thus it
represents a major sink for trace elements. The chemical composition was analyzed
after the digestion with aqua regia (AR). This extraction releases the environmentally
effective element contents in contrast to total digestions.

250 mg sample material were filled in a PTFE microwave vessel with aqua regia (6 ml
37% HCl, 2 ml 65% HNO3; Suprapure grade, Merck, Germany). The digestion took place
in a pressure- and temperature-controlled microwave (Mars 5, CEM, Germany) at the
following settings: 1 200 W, Tmax 180 °C, 32 min. Major elements were determined by
inductively coupled plasma optical emission spectrometry (ICP-OES; Optima 3000,
Perkin-Elmer, Germany). Trace elements were measured by inductively coupled plasma
mass spectrometry (ICP-MS; Agilent 7500c, Agilent Technologies, Germany).
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The samples of the campaign in 2001 were digested in open PTFE vessels (200 mg
sample, 15 ml 37% HCl, 5 ml 65% HNO3). The reaction was allowed to proceed for 1 h
at ambient temperature before the vessels were heated on a hotplate (= 80 °C) until
near dryness. The digests were taken up with 20 ml 1M HNO3. Major elements and
some of the trace elements were determined by ICP-OES (Typ 3520, Bausch and Lomb,
ARL; Maxim Fisons Instruments) and ICP-MS (Micromass Platform; As, Cd, Pb).

Statistical Analysis

Statistical data analysis was performed with SPSS 13.0 for Windows (Release 13.0.1). The
software was used to compute descriptive statistics and the cluster analysis. The agglo-
merative hierarchical cluster analysis according to Ward, which uses the squared Euclid-
ean distance, was performed with Z-score standardized element concentration data.

8.4.3 Results and Discussion

The sediments can be described as loamy sand to silt that contain in most cases less
than 20 wt.-% of the <20 µm fraction (Kraft 2002), while suspended particulate matter
of Tisza and Szamos is composed of more than 90 wt.-% of particles <20 µm (Baborowski
et al. 2006). Table 8.4 contains the average value and the standard deviation of the trace
element concentrations in the fine fraction of the sediments of Tisza and Szamos. The
trace element contents (As, Cd, Cu, Pb, Zn) follow a common pattern along the rivers
(Fig. 8.15). The Szamos is characterized by high to extremely high concentrations, while
the Tisza generally contains lower contents.
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The upper course of the Tisza (rkm 705) holds relatively low trace element concen-
trations in 2000 and 2001. Below the confluence of the two rivers (approx. rkm 683),
the concentrations strongly increase in the fine fraction of the Tisza sediments due to
the input of contaminated material by the Szamos. In downstream direction, the ele-
ment concentrations decrease gradually until approximately rkm 435, where the Tisza
Lake interrupts the river course. Beyond this point, the concentrations seem to stag-
nate. The Tisza Lake functions as a trap for SPM in the Tisza as the particle number
in general decreased significantly after passing the lake (Baborowski et al. 2002).

In general, it can be stated that the concentrations in the sediments were the highest
one year after the mining spills in 2001. Six years after the spills, the contamination
level has declined significantly and is also lower than 2000 (2001 > 2000 > 2005). This
pattern probably results from the delayed transport of highly contaminated particles
from the sources of the spills downstream. In 2000, the year of the spills, the particles
had not reached Hungary to the full extent, yet. The following year exhibits extremely
high sedimentary element concentrations, which reflect the arrival of the contaminated
particles from the spills especially pronounced at the Szamos. Black and Williams (2001)
suggest that flood conditions (strong spring flood) could have resulted in the scouring
of the upper sediment layers, which lowered the heavy metal concentrations in the
surficial sediments to pre-spill levels. The lowest concentrations of the observation
period were detected in 2005. They probably result from a cleansing process of the
riverbed due to the frequent flooding in the Tisza catchment. Based on mathematical
assessment of floods, significant floods occur every five to six years and great floods
every ten to twelve years at Danube and Tisza (WHO 2002). During flood situations,
sediment is resuspended and transported further downstream and/or deposited into
adjacent areas, e.g., floodplains (Förstner et al. 2004). The mixing with “cleaner” ma-
terial from unaffected tributaries or regions causes a concentration decline (Lewin and
Macklin 1987). The improved management of tailing sites (Zinke 2005) must have
reduced the input of contaminated material from further upstream to the sediments.

In contrast to the sediments, the concentrations of particulate bound As and Zn
increased since the spill, while the concentrations of dissolved Zn display maxima in
2001 but minima in 2005 (Baborowski et al. 2006). The composition of the suspended

Fig. 8.15.
Aqua regia soluble Zn content
(µg g–1) in the fine fraction
(<20 µm) of the sediments
from the rivers Tisza and
Szamos in 2000, 2001 and 2005

8.4  ·  Dynamics of Heavy Metals and Arsenic – River Sediments after Mining Spills



340 Chapter 8  ·  Fine Sediment Particles

particulate matter changed also during the observation period depending on the hy-
drological conditions (Baborowski et al. 2006). The fine particle content (N < 20 µm)
of suspended particulate matter (SPM) was the highest in 2005 (Fig. 8.16).

To investigate regional relations of the sampling sites, a cluster analysis was per-
formed for each year based on the As and heavy metal concentrations (Cd, Cu, Pb, Zn;
Z-score standardized values). These elements were selected based upon the high influ-
ence of the mining spills on their concentration. Other elements, e.g., Ni, are not suited
for the cluster analysis due to their stable concentration levels along the river course
(Table 8.4; Ni: 2005: Tisza: 61 ±7 µg g–1).

The resulting dendrograms (Fig. 8.17) for the individual years share the clean sepa-
ration of the Tisza from the Szamos. This is in agreement with data on dissolved and
particulate bound elements in Tisza and Szamos from Baborowski et al. (2002). Due to
the dynamics in the “contamination” level of the sediments, the internal clustering of
the Tisza varies between the sampling campaigns.

In 2000 – the year of the spills – the Tisza samples form three clusters (A–C; Fig. 8.17,
2000). The sites rkm 705 and rkm 435 form cluster A due to their low trace element
content. Cluster B is composed of sites from the middle and lower section (rkm 465–
180). In cluster C, locations from the upper section as well as from the lower section
(rkm 280, rkm 164). The latter two are characterized by higher concentrations com-
pared to their neighboring sampling sites.

One year later, the Tisza is divided into three clusters (Fig. 8.17, 2001). Cluster C
represents the upper middle of the river course (rkm 668–544), while cluster B com-
prises sites from the middle to lower river section (rkm 532–280). In contrast to the
geographical subsumption of the clusters B and C, cluster A is a combination of samples
from the upper and the middle course that are characterized by lower concentrations
compared to the general trend along the river.

In 2005 (Fig. 8.17, 2005), the clear separation of the Szamos and the Tisza is inter-
rupted by the inclusion of T-705 in the Szamos cluster. This Tisza location lies above
the confluence of Tisza and Szamos. The differing clustering of 2005 is caused by the
declining concentrations of the Szamos and probably a similar composition of the
sediments in the northeastern part of the investigation area.

Fig. 8.16.
Particle content (<20 µm) in
the rivers Tisza and Szamos
for the sampling campaigns
2000, 2001 and 2005
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The clustering of the Tisza shows the formation of two groups (Fig. 8.17, 2005). Cluster
B holds sites from the upper middle section and the lowest site of the Tisza (rkm 164). The
other cluster (A) is made up from locations of the lower river course (rkm 280–180).

8.4.4 Conclusions

The contamination level of the sediments in Tisza and Szamos decreased significantly since
the heavy metal input from the mining spills in early 2000. The decrease of As and heavy
metals is especially pronounced at the extremely contaminated locations of the Szamos.

The concentrations of mining-related elements (As, Cd, Cu, Pb, Zn) display similar
dynamics in the sediments: high concentrations in 2000, extremely high values in 2001,
lower concentrations in 2005. The temporal delay of the maximum contamination in
sediments in distant areas from the source of contamination can be expected in other
rivers with a similar hydraulic regime as well. The concentration increase from 2000 to
2001 in the Szamos and to a lesser degree in the Tisza is most likely caused by the trans-
port of sediment with a relatively higher element concentration from further upstream
(= closer to the source). Besides erosion processes, the mixing of contaminated with non-
contaminated sediment could be responsible for part of the concentration decline since

Fig. 8.17.
Dendrograms of the cluster
analysis for the sampling cam-
paigns in 2000, 2001 and 2005
(concentrations of As, Cd, Cu,
Pb, Zn; Z-score standardized
values)
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the spill. The non- or lower contaminated material stems from non-mineralized regions.
The effects of extreme mining spills can therefore be limited on a larger timescale due to
the dilution of contaminated with “cleaner” sediment from unaffected areas.

Further research should investigate the contents of As and heavy metals in adjacent
areas of the rivers Tisza and Szamos since the redistribution of contaminated sediment
during subsequent floods is connected to an increase in the contaminant concentra-
tion in floodplains and sediments downriver.
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Chapter 9

Chapter 9 deals with a very important and often neglected component involved
in pollutant mobility: the microorganisms. They are ubiquitous. They colonize sedi-
ment surfaces in contact with water more or less densely and are present in the water
phase, mainly as flocs. Of course, they represent a dynamic phase in the system which
has to be considered. However, their influence is very difficult to asses as microorgan-
isms do not represent a chemically homogeneous phase but are spatially hetero-
geneous and vary in time in terms of population composition, density, activity and
presence of extracellular polymeric substances (EPS). This results in a very complex
network of interactions as microorganisms respond to the conditions of their envi-
ronment, and, in addition, can possibly transform pollutants – be it by degradation
of organic substances or by changing the species of metals, e.g., by alkylation. Little
wonder that such aspects have not been exhaustively addressed scientifically and it
is a particular feature of this book to specifically deal with the aspects provided by
microorganisms.

The first section deals generally with the most frequent microbial phenomenon which
is biofilms. It is important to understand the basic laws of biofilm development and
dynamics in order to understand their impact on pollutant mobility, including sedi-
ment stability. The nature of EPS will influence biofilm sorption properties as well as
biofilm cohesion and “gluing” of sediment particles. The interaction with ions is of
particular interest here as bridging effects due to ionic interactions with charged groups
in EPS play an important role. Aspects of sorption are addressed as well as the various
stabilizing and destabilizing effects on sediments. Sorption properties of biofilms are
equally complex as there are different sorption sites such as cells, cell walls, and EPS
with different sorption capacities.

A very important step for understanding the effect of microorganisms is the com-
parison of non-sterile to sterile systems. This is addressed in laboratory systems in
Sect. 9.2 in detail, using mucoid and non-mucoid strains of Pseudomonas aeruginosa
in order to obtain quantitative data. Of course, much care has to be applied when
extrapolating these results to natural systems, however, surprisingly consistent paral-
lels could be drawn from slow sand filters samples from a drinking water plant. Inter-
estingly, biofilms can contribute to higher erosion rates when growing directly at the
sediment-water interface (“fluffy layer”), disrupting sediment particles from the sur-
face and carrying them into the water phase, contributing to sediment-related pollut-
ant mobility while in greater depth, it could be clearly shown that biofilms increase
sediment cohesion.

Microbial Effects

Hans-Curt Flemming
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In Sect. 9.3, again sterile vs. non-sterile experiments were carried out, indicating
the cohesive effect of biofilms to sediments and increasing the settlement of suspended
particles. In these experiments, sterilization was performed by gamma-irradiation of
environmental samples, leaving dead biomass in place which, however, cannot further
multiply. When particulate metals are transported in the water phase, bacteria obvi-
ously contribute to their accelerated sedimentation which has been confirmed in field
investigations: Bacterial cell content, suspended matter content and heavy metal con-
centrations followed similar patterns during settling after re-suspension.

In general, this chapter contributes an interesting aspect which is far from being
fully understood and can represent a problem for modeling as the dynamics of micro-
bial influence are so complex. However, “black-box” approaches neglecting biotic in-
fluences cannot the solution of the problem as the sometimes insufficient predictive
power of modeling demonstrates.

Hans-Curt Flemming  ·  Martin Strathmann  ·  Carlos Felipe Leon Morales

9.1 Biofilms and Their Role in Sediment Dynamics and Pollutant Mobility

9.1.1 Introduction

Natural sediments are not sterile but inhabited by a large range of microorganisms
(Riding and Awramik, 2000) and higher forms of life. As a consequence, these organ-
isms participate in many chemical processes in sediments, in the interaction between
sediments and the water phase and in sediment dynamics. In fluvial environments, the
interface between the major water body and the sediment, is a very active zone both in
physicochemical and biological terms. Especially in highly permeable sediments, the
dynamic flux of energy, nutrients, metabolites and particles (including microorgan-
isms) is interdependent with local hydrodynamics (Huettel et al. 2003). Due to their
slime matrix, active microbial communities at the water-sediment interface, develop
into macroscopic scale structures which modify sediment topography and frictional
resistance. These surface alterations have repercussions in fluid flow, shear forces and
other physical parameters, especially at the benthic boundary layer. Microbial coloni-
zation is not limited to the sediment-liquid interface; equally important on their effect
on river sediment hydrodynamics, is their ability to develop at significant sediment
depths. At this level, permeability and hydraulic conductivity changes caused by mi-
crobial colonization, can have a profound effect on sediment cohesion and sorption/
desorption processes (Leon-Morales et al. this vol.).

A key feature for understanding the influence of microorganisms on sediments is
their common form of life which is biofilms. Microorganisms in nature do not occur
as pure cultures and single organisms but in mixed communities, organized in aggre-
gates. Such aggregates are termed somewhat inaccurate as “biofilms” and include films,
colonizing solid surfaces in water but also on liquid-liquid and liquid-gaseous interfaces
as well (e.g., at the water-air-interface or water-oil-interface). The term also embraces
microbial mats, sludges and flocs (which can be considered as floating biofilms). The
justification for this is that all these phenomena have one aspect in common which is
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that the cells in the aggregates are kept together by a matrix of extracellular polymeric
substances (EPS) which provide some basic advantages for the cells, such as a long
retention time in a stabile position to each other, allowing for the formation of syner-
gistic microconsortia. Due to their physiological activity, gradients develop in pH-value,
redox potential as well as in the concentration of electron acceptors and donators.

Biofilms can form on virtually all surfaces exposed to non-sterile environments,
provided enough water and nutrients. They can be found in soil and aquatic environ-
ments, on plant surfaces, on tissues of animals as well as in technical systems such as
filters, pipes and reactors, and they play a pivotal role in medical context, in particular,
in infections (Costerton et al. 1995). Environments in which biofilms have been inves-
tigated include not only solid-liquid but also air-liquid (Spiers et al. 2003), liquid-liq-
uid (Macedo et al. 2005) interfaces, among others. Biofilms have to be considered in
attempts to understanding transport, immobilization and remobilization processes of
sediment particles as well as of pollutants as they form a dynamic interphase between
solid surfaces and the water phase. In modeling approaches, this aspect is usually com-
pletely neglected as it is difficult to include and to predict, in particular, if the basic rules
of biofilm development and properties are not taken into account. In order to account for
such influences, experiments on sediment and pollutant mobility, therefore, have to be
carried out (see Leon-Morales et al. this volume; Neto et al. this volume). In sediments
with light access, diatoms usually contribute the main component of biofilm populations
(Stal and de Brouwer, 2003). A typical sediment biofilm is depicted in Fig. 9.1.

9.1.2 Extracellular Polymeric Substances (EPS)

One key aspect for understanding the role of biofilms is the “extracellular polymeric
substances” (EPS). These are highly hydrated biopolymers of microbial origin, embed-
ding the biofilm organisms; for a detailed overview see Wingender et al. (1999). EPS
are defined as “extracellular polymeric substances of biological origin that participate
in the formation of microbial aggregates”. EPS represent the construction material of
biofilms and the immediate environment for biofilm inhabitants. In general, the pro-

9.1  ·  Biofilms and Their Role in Sediment Dynamics and Pollutant Mobility

Fig. 9.1.
Sediment biofilm (after
National Park Service, U.S.
Department of the Interior)
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portion of EPS in biofilms can vary between 50 and 90% of the total organic matter.
Detailed reviews on EPS can be found in (Wingender et al. 1999) and in (Flemming
and Wingender 2002). EPS are mainly responsible for the structural and functional
integrity of biofilms and are considered as the key components that determine the
physico-chemical and biological properties of biofilms (Allison 2003; Flemming and
Wingender 2003). EPS create a microenvironment for sessile cells which is conditioned
by the nature of the EPS matrix.

Regardless of their origin, EPS are located at or outside the cell surface. This ex-
tracellular localization and the composition of EPS may be the result of different pro-
cesses: active secretion, shedding of cell surface material, cell lysis, and adsorption
from the environment. Microbial EPS are biosynthetic polymers (biopolymers) which
consist mainly of polysaccharides and proteins, but can also contain substantial
amounts of DNA, lipids, glycolipids and humics. Most bacteria are able to produce
EPS, whether they grow in suspension or in biofilms. Cell surface polymers and EPS
are of major importance for the development and structural integrity of flocs and
biofilms. They mediate interactions between the microorganisms and maintain the
three-dimensional arrangement.

Much information has been collected about the chemical nature and physico-chemi-
cal properties of extracellular polysaccharides, since they are abundant in many bac-
terial EPS. Specific polysaccharides (e.g., xanthan) are only produced by individual
strains, whereas non-specific polysaccharides (e.g., levan, dextran or alginate) are found
in a variety of bacterial strains or species. Non-carbohydrate moieties like acetyl, pyruvyl
and succinyl substituents can greatly alter the physical properties of extracellular
polysaccharides and the way in which the polymers interact with one another, with
other polysaccharides or proteins, and with inorganic ions (Sutherland 1994). The
network of microbial polysaccharides displays a relatively high water-binding capacity
and is mainly responsible for acquisition and retention of water to form a highly hy-
drated environment within flocs and biofilms (Chamberlain 1997).

Extracellular polysaccharides are believed to have the main structural function within
biofilms by forming and stabilizing the biofilm matrix.

It must be pointed out that polysaccharides are not necessarily the main EPS com-
ponent. However, not much is known about synergistic gelling of polysaccharides,
proteins and humic substances. In many cases of environmental biofilm samples, pro-
teins prevail, and humic substances are also integrated in the EPS matrix, being con-
sidered by some authors as belonging to the EPS (Wingender et al. 1999). Although
mostly a minor component, lipids can make up a significant proportion of the EPS in
some cases. This has been shown in the case of strongly acidophilic organisms, colo-
nizing and leaching pyrite (Gehrke et al. 1998). The role of proteins, however, is mostly
considered in terms of their enzymatic activity. Only a few authors speculate that
extracellular proteins may also have structural functions. For example, the bridging of
extracellular polysaccharides by lectin-like proteins is discussed (Dignac et al. 1998).
Furthermore, the role of lectins (proteins with specific binding-sites for carbohydrates)
in adhesion of bacterial cells and biofilm formation has been investigated (Tielker et al.
2005). A part of the extracellular proteins has been identified as enzymes. An overview
about extracellular enzymes can be found in Wingender and Jaeger (2002). Enzyme
activities in biofilms include among others aminopeptidases, glycosidases, esterases,



347

lipases, phosphatases and oxidoreductases (Frølund et al. 1995). Most of these enzymes
are an integrated part of the EPS matrix (Frølund et al. 1995). It is believed that their
main function is the extracellular degradation of macromolecules into low molecular
weight compounds which can then be transported into the cells and are available for
microbial metabolism. The degradation and utilization of particulate matter is per-
formed by colonization of the material and the secretion of extracellular enzymes. The
EPS matrix prevents the enzymes and the degradation products from loss and keeps
them in close proximity to the biofilm cells. Moreover, specific interactions between
extracellular enzymes and other EPS components have been observed resulting in the
protection and localization of the enzyme (Wingender et al. 1999). It is suggested, that
the structure of the EPS matrix might not be purely random but is involved in the
regulation and activity of extracellular enzymes. Thus, the cell maintains a certain level
of control over enzymes which otherwise are out of reach.

In order to degrade hydrophobic compounds, microorganisms excrete surface-ac-
tive polymers. An overview of the various types of EPS, their properties and their sig-
nificance can be found in Neu (1996). The production of those biosurfactants can be
induced by hydrophobic carbon sources (Ramsay et al. 1987), indicating the potential
of microorganisms to secrete certain EPS when required. It is well known that hydro-
phobic surfaces can be colonized easily as demonstrated in nature by biofilm forma-
tion on leaves during biological degradation.

Adhesion and Cohesion

A major ecological advantage of the biofilm mode of life is that consortia of various
organisms can establish and maintain their position over a long period of time, com-
pared to the planktonic form of life. This applies not only to biofilms but also to flocs
and allows for the development of synergistic relationships. A classical example is ni-
trification which takes place in biofilms and allows the spatial closeness of ammonia oxi-
dizers to nitrite oxidizers. The EPS molecules which keep the organisms together and, if
they form a biofilm, are responsible for adhesion to a given surface, provide this advan-
tage. There is literally no surface material which cannot be colonized sooner or later, but
there are strong differences in the colonization kinetics. In some cases, attachment was
found to stimulate the synthesis of EPS (Vandevivere and Kirchman 1993). Both adhesion
and cohesion are based on weak physico-chemical interactions and not on covalent bonds.

Three major kinds of forces can be distinguished: electrostatical interactions, hy-
drogen bonds and London dispersion forces (Mayer et al. 1999; Flemming et al. 2000).
This is symbolized in Fig. 9.2 (Flemming et al. 2000).

The individual binding force of any type of these interactions is relatively small
compared to a covalent C-C bond. However, the total binding energies of weak inter-
actions between EPS molecules multiply with the large number of binding sites avail-
able in the macromolecules and add up to bond values exceeding those of covalent
C-C bonds. The matrix network is formed by fluctuating adhesion points and the re-
sulting matrix can behave as a gel as long as a certain shear stress is not exceeded. In
this phase, the adhesion points flip back to their original arrangement. Above that
point (“yield point”), new adhesion points assemble and the matrix behaves as a highly
viscous fluid (Körstgens et al. 2001).

9.1  ·  Biofilms and Their Role in Sediment Dynamics and Pollutant Mobility
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Biofilm Architecture and Mass Transport

The architecture of the EPS matrix influences the processes within biofilms profoundly.
Costerton et al. (1994) have shown that pores and channels occur in which convective
transport is possible to a certain extent. Hoffman and Decho (1999) postulated
areas of different density of the matrix, which have been observed experimentally.
These features result in an extremely heterogeneous structure. This structure is dy-
namic; Schmitt et al. (1995) demonstrated in a P. putida biofilm which was charged
with toluene that a rising concentration of toluene caused the formation of more
polysaccharide, and furthermore, these compounds contained more carboxyl groups.
In sediment biofilms with access of light, algae are major contributors to EPS produc-
tion (see Fig. 9.1).

An important question is whether the EPS matrix acts as a diffusion barrier. The
major component of that matrix is water. It could be shown by NMR measurements
that the self-diffusion coefficient of water within the biofilm is practically the same as
in free water, and only a very small fraction, less than 0.1%, displays a significantly
lower diffusion coefficient (Vogt et al. 2000). There is evidence that non-charged
molecules up to a molecular mass of around 10 000 Dalton experience practically no
diffusion limitation. However, if they are consumed, as is the case with oxygen, gradi-
ents arise because oxygen consumption by aerobic organisms can occur faster than
oxygen can follow the diffusion gradient. This is how anaerobic zones in biofilm arise
and why anaerobic organisms can find suitable habitats directly below respiring aero-
bic colonies. Charged molecules can interact with charged groups of the EPS, which
may slow down their mobility to a certain extent. This makes perfect sense from an
ecological point of view because the mobility of nutrients, exoenzymes and other prod-
ucts is not restricted within the matrix, which is of great importance for cells located
in the center of clusters.

Mass transport is influenced not only by the internal architecture of biofilms but also
by their interface to the water phase. Some biofilms have a highly filamentous appearance
while others are smooth. It is obvious that a large number of filaments will increase the
surface at which interactions with components of the water phase are possible.

Fig. 9.2.
Weak physico-chemical inter-
actions between polysaccha-
ride strains in the EPS matrix
(after Flemming et al. 2000)
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It could be demonstrated that in this biofilm matrix which is dominated by polysac-
charides with carboxyl groups, calcium acts as an important bridging ion which in-
creases the stability of the network significantly. This is also the case for copper and
iron but not for magnesium. In such cases, surfactants will not contribute to the dis-
solution of biofilms. However, if other biopolymers dominate, it is possible that surfac-
tants have a more significant effect. Hydrogen bonds are also part of the overall bind-
ing force. They can be influenced by so-called chaotropic agents which have a high
affinity for water, thus interfering with the water shell around the biopolymers. In some
cases, this type of bond dominates the binding forces. The extent to which each bond
contributes to the cumulative binding force depends strongly of the nature of the EPS
molecules. As different strains can produce different EPS, the variety is considerable,
suggesting that not all biofilms can be dissolved by means of only one cleaning formu-
lation. This coincides well with observations from practice. EPS are not totally insoluble
in water. A certain amount of EPS is continuously lost to the water phase. In wastewa-
ter, this contributes to important measures of process parameters such as chemical
oxygen demand (COD).

9.1.3 Biofilm Role on Sediment Stability

In sediments, sand grains are at least partially colonized by biofilms (Decho 1994).
However, the extent of colonization can range from minute specks (Fig. 9.3) to com-
plete coverage and clogging of the sediment particles (Fig. 9.4). It is long known that
biofilms influence the entrainment of sand (Dade et al. 1990), mainly due to the cohe-
sive forces between biofilm-covered sand grains.

Massive colonization of sediments can result in clogging and has been reported by
Battin and Sengschmitt (1999). Here, algae were the main causes for copious EPS pro-
duction which resulted in clogging. In addition, detrital material can accumulate in
sediment biofilms, contributing to further clogging (Neu and Lawrence 1997).

When light has access to sediments, algae develop and contribute to biofilm mass.
De Brouwer et al. (2005) have investigated in particular the role of the benthic diatoms
Nitzschia cf. brevissima and Cylindrotheca closterium. They determined critical shear
stress in presence and absence of these organisms and found a significant correlation
of extracellular carbohydrate to critical shear stress for N.  cf. brevissima but not for

Fig. 9.3.
Patchy biofilm on the surface
of sand grains. The cells were
stained with the DNA specific
fluorochrom SYTO 9 (molecu-
lar probes). Epifluorescence
microscopic image; bar = 10 µm
(after Strathmann et al. in press)
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C. closterium, although they could not give an explanation but only the coinciding
observation that both organisms formed biofilms of different morphology as visual-
ized by confocal laser scanning microscopy. However, the finding illustrates the fact
that the carbohydrate content alone cannot be taken as an indicator for sediment sta-
bility; therefore, diatoms cannot be fully accountable for biostabilization in natural
sediments as suggested by some authors (Madsen et al. 1993; Yallop et al. 2000). Neto
et al. (this vol.) showed that settling of sand was slower with sterilized sediments, in-
dicating the biotic component in settling. De Brouwer et al. (2005) conclude that “it is
clear that stability of the sediments is poorly explained by simple indicators such as
chlorophyll a and the extracellular carbohydrates. This again indicates that composi-
tional characteristics of the biofilm matrix may be important to explain the stabilizing
effect exerted by diatom biofilms”. It has been generally considered that the action of
EPS in stabilization of sediments involves chemical interactions between functional
groups in the EPS and sediment particles in order to physically bind sediment par-
ticles together (Paterson 1997; Yallop et al. 1994). De Brouwer et al. (2005) found clear
indications that Ca2+ ions favored the adsorption of EPS to sediment particles when
compared to Na+ ions. This suggests that cation divalent bridging is an important
process mediating adsorption of EPS to sediment particles (Decho 1994). In Table 9.1,
an overview on stabilizing and destabilizing effects of biological components is given
(after Black et al. 2002, with results from Leon Morales, this vol.).

Fig. 9.4. SEM of a continuos biofilm on sand grains, formed by the mucoid strain Pseudomonas
aeruginosa SG 81; the cells can be seen embedded in a thick alginate matrix (Leis unpublished)
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9.1.4 Role of Biofilms As Sink and Source of Pollutants

Dissolved and particulate matter in water is continuously interacting at the interfaces
with other phases in terms of sorption and desorption. If a biofilm is present, it will
participate in such processes either by accumulation or by biochemical transformation
of substances – basically, the ability to sequester matter from the water phase is the key
mechanism of nutrient acquisition for biofilm organisms. But even if substances trapped
in the EPS network do not interact with biofilms at all, they will have to pass through
the biofilm when interacting with the underlying surfaces. In the case of large mol-
ecules, they can experience significant diffusion resistance. The term “sorption” refers
to adsorption, absorption and desorption. Adsorption implies the retention of a solute
on the surface of the particles of a material. Absorption in contrast involves the reten-
tion of a solute within the interstitial molecular pores of such particles (Skoog 1996).
Biofilms are involved in all of them. A closer look at the dynamic role of biofilms in
terms of sorption sites reveals a complex system (Fig. 9.5).

When a dissolved or particulate substance, transported by the water phase, meets a
biofilm, it will not encounter a uniform structure but a highly heterogeneous hydrogel
with very different sorption sites. These include:

� Extracellular polymer substances (EPS), mainly consisting of polysaccharides and
proteins:
– Charged groups, e.g.,: –COO–, –SH–, –SO4

2–, –H2PO4–, –NH4
+, –NRH2

+

– Apolar groups, e.g.,: aromatics, aliphatics such as found in proteins; also: hydro-
phobic regions in polysaccharides

9.1  ·  Biofilms and Their Role in Sediment Dynamics and Pollutant Mobility
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� Cell walls
– Outer membrane of Gram-negative cells (lipids)
– Murein or teichoic acid layer of Gram-negative resp. Gram-positive Bacteria
– Cytoplasmatic membrane (lipids)

� Cytoplasm

The EPS represent the major component of biofilm organic carbon. In Fig. 9.6, the
sorption sites within the hydrogel matrix are schematically depicted.

It is obvious that each of these sites has different sorption mechanisms and capaci-
ties. Furthermore, the system is dynamic (Sutherland, 2001). Sorption characteristics
in bacteria as living organisms can change depending on a great number of factors
(Langley and Beveridge 1999). For example, the extent of sorption by some heavy metals
will depend on nutritional factors. Nickel uptake in Pseudomonas aeruginosa can be
increased or lowered depending on the carbon source supplied during growth (Sar
1998). Another example: a biofilm of Pseudomonas putida which was exposed to tolu-
ene responded in an increase of charged groups in the EPS, providing more ionic bind-
ing sites (Schmitt et al. 1995).

Fig. 9.5.
Role of biofilms in sorption
and desorption processes
(modified after Flemming
and Leis 2002)

Fig. 9.6.
Various sorption sites in the
EPS matrix (from top to bot-
tom): (i) charged groups of
polysaccharides, (ii) proteins
with polar and apolar sites,
(iii) apolar and anionic sub-
stituents on polysaccharides,
additional sorption sites are
the cell walls, the membranes
and the cytoplasm (from
Strathmann et al. in press)
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Many authors do not differentiate between various sorption sites in biofilms when
investigating metal sorption (e.g., Mages et al. this vol.). EPS seem to be a highly plau-
sible binding site from a mechanistic point of view, considering the charged groups of
the EPS and their ionic binding capacity. However, in spite of the large body of refer-
ences confirming this, Späth et al. (1998) separated EPS from cells after charging ac-
tivated sludge with Cd2+. Most of the metal was bound to the cell surfaces and not to
the EPS as could have been expected considering the charged nature of many EPS
components. The same was true for Ni2+ and Zn2+. These findings demonstrated that
bacterial cell walls can act as templates for metal deposition.

9.1.5 Microbial Mineralization and Sediment Formation

Numerous bacteria in aquatic sediments encounter and bind a wide variety of metals in
their environment. As the sediments accumulate, they and their bacterial components
become subject to geological forces that eventually result in rock formation. During this
time, chemical and physical changes occur within the sediments as diagenetic processes.
The cell walls of bacteria, present in these sediments, make suitable biological templates
for the concentration of metals and the nucleation of crystals and can often greatly influ-
ence the initial mineralization process (Krumbein et al. 1994). Carbonate formation in
bacteria is another important sorption process mediated by bacterial surfaces. It happens
due to the production of alkaline microenvironments near the cell surfaces as a conse-
quence of physiological activities of the cell (for example, bicarbonate use as carbon source,
yielding OH– groups) and also due to the ability of S-layers to bind available Ca2+ which
together allows gypsum (CaSO4 · 2 H2O) and/or calcite (CaCO3) to precipitate. Silicate for-
mation by bacteria has been a very common phenomenon since the beginning of life. It is
very likely that the direct participation of bacteria in the formation of these compounds
rather than just a silicate after-formation binding with bacterial surfaces. The phenom-
enon of formation of microfossils is thought to be related to silicate interaction with bacte-
ria (Schultze-Lam et al. 1996). Biofilm cells in drinking water pipes seem to be suitable
nucleation sites for mineral deposition. Figure 9.7 is a scanning electron micrograph show-
ing microorganisms as templates for the deposition of iron oxides.

Fig. 9.7. Iron oxides precipitated on bacteria in corrosion products of a drinking water pipe (modified
from Flemming and Leis 2002)

9.1  ·  Biofilms and Their Role in Sediment Dynamics and Pollutant Mobility
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The external environment and internal metabolism of living bacteria often exert a
profound influence on the chemistry of bound metals. These influences include changes
in oxidation state, formation of organometallic compounds and formation of precipi-
tates due to detoxification or energy-yielding mechanisms of the bacterial protoplast.
Alternatively, the metals may be affected indirectly by the production of metabolic end-
products such as SO4

2– and S2– or an alteration in the local pH and/or Eh. The results
of microbial activity may ultimately lead to metal immobilization, remobilization and/
or the formation of metal aggregates.

9.1.6 Desorption Processes

Bacterial surfaces and biofilms are not inert chemical structures. They represent a dy-
namic system in which the various components are synthesized, assembled, modified
and finally broken down by autolysins and sloughed off into the environment. Thus,
they may contribute to the remobilization of the sorbed substances.

By nature, the immobilization of metal ions in biomass cannot be irreversible. The
biological binding sites sooner or later will be degraded. Fate and transport of the
metal is directly related to the fate and transport of the bacterial cell. When the cell
dies the metal is released. In some instances, this process will lead to mineral forma-
tion and is responsible for the deposition of large ores. However, in other cases the
sorbed metal ions will return in their more soluble form and be remobilized. Experi-
ments with cell walls of Bacillus subtilis and E. coli envelopes adsorbed to kaolinite
and smectite clays and with the corresponding organic material-clay aggregates showed
the complexicity of remobilization processes. Bound to these substances were Ag(I),
Cu(II) and Cr(III). The sorbed metals were then leached with HNO3, Ca(NO3)2, EDTA,
fulvic acids and lysozyme at several concentrations. The findings on remobilization
of the sorbed metals, in general showed the order Cr2+ < Ag+ < Cu2+. In the wall, clay
and composite systems, Cr3+ was very stable; at pH 3, 500 micromolar EDTA, 120 ppm
fulvic acid and 160 ppm Ca2+ released less than 32% (wet weight) of the sorbed chro-
mium. Ag (45–87%) and Cu (up to 100%) were readily removed by these agents. The
organic chelators were in general less effective at mobilizing certain metals than el-
evated Ca2+ or low (acidic) pH values. Lysozyme digestion of Bacillus walls remobi-
lized Cu2+ from walls and Cu-wall-kaolinite composites. Ag+ and Cr3+ smectite inhib-
ited enzyme activity to some extent, and the metals remained insoluble.

Interesting is the comparison of the stability of metal complexes of low molecular
weight complexing agents with the stability of metal-EPS-complexes. The EDTA com-
plexes have stability constants of up to 1018, the complex of Cu2+ with 1-hydroxyethane-
1, 1-diphosphonic acid (HEDP) is about 1019. If these complexing agents occur in the
water phase, it should be expected that eventually sorbed metal ions are rapidly
complexed. However, the remobilization in this case is unexpectedly low.

As desorption does usually not occur very fast, biofilms have a “memory effect” for
pollutants with which they were in contact. This fact has been utilized for localizing
industrial and municipal discharges in sewers, using sorption data from sewer biofilms.
Using systematic upflow analysis it is possible to reveal the points at which pollutants
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were discarded into the sewer system. This method is applied in order to identify point
sources for waste water pollution.

9.1.7 Conclusions

From the information presented above, the complex influence of biofilms on sediment
stability and pollutant mobility is obvious (Fig. 9.8). The problem for all attempts to model
biofilm influence arises from the vast spatial and temporal heterogeneity of biofilms. In
all non-sterile systems, biofilms are present. However, their influence on sediment stabil-
ity and sorption/desorption of pollutants depends upon many factors such as:

� Nutrient availability (for heterotrophic organisms: biodegradable substances, for
phototrophic organisms: access of light and limiting factors such as phosphate),
and, as a consequence, biomass concentration

� Composition of the population (predators can change composition dramatically)
� Amount and nature of EPS
� Hydrodynamic conditions (higher shear stress will select for more cohesive EPS

and specialized organisms)
� Sediment compartment considered (hydrodynamic influence can change with sedi-

ment depth)

It is clear that this is not an exhaustive list of biological factors involved but it is also
clear that they cannot be neglected. Unless they are understood and acknowledged for,
predictive modeling will be always crude and not really effective. In this respect,
Sects. 9.2 and 9.3, explore both the influences of a biogenic component on the stability
and settling characteristics of sediments as well as in terms of retention-remobiliza-
tion processes. Section 9.4, in contrast, deals with a specific case of biofilm influence
on the distribution of bound and dissolved metal species in environments directly linked
with fluvial systems.

Fig. 9.8.
Complete overview of biogeo-
chemical factors to be taken
into account when making
predictions on sediment trans-
port in natural aquatic environ-
ments. Shaded area: covered
by conventional studies
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9.2 Role of Biofilms on Sediment Transport –
Investigations with Artificial Sediment Columns

9.2.1 Introduction

Sediments are a sink for contaminants which can be accumulated for long periods of time.
The so-called sediment transport cycle in rivers starts with erosion caused by the action
of the flowing water body. Normally, this is a constant but slow process, drastic events
however, can result in the sudden remobilization and distribution of accumulated con-
taminants. Subsequent deposition of aggregates in the river bed closes the cycle. The sub-
ject can be approached from a wide variety of disciplines (Förstner 2004) and, tradition-
ally physical and engineering sciences have helped understanding many key physical pa-
rameters on the study of sediment transport such as settling and erosion rates, boundary
layer shear stresses, etc. In natural sediments, biological influence must be considered too,
which applies for almost every aspect of the sediment transport cycle. Sediment ecology
is complex with many trophic levels involved. Biofilms are a common way of microbial
aggregated life in sediments. Biofilm microorganisms are embedded in a matrix of extra-
cellular polymeric substances (EPS) (Flemming and Wingender 2002). Hydrodynamics
determine greatly mass transfer processes in river sediment biofilms as well as their struc-
ture. Biofilms are not confined to the sediment-liquid interface but are also distributed
along considerable sediment depths (Battin and Sengschmitt 1999). Benthic biofilms, com-
posed mainly of microalgae (but also bacteria) have been recognized as important factors
on sediment stability (Sutherland et al. 1998). In terms of retention-remobilization pro-
cesses, biofilms have considerable and complex sorption properties and capacities. Biofilms
contribute to the net capacity of the sediment to retain, transform, and liberate migrating
substances. Anionic groups in EPS such as carboxyl, phosphoryl, and sulfate groups can
represent important cationic exchange sites. It is not entirelly clear however, how changes on
fluid dominant ionic species which commonly occur in subsurface and other environments,
contribute to the influence exerted by biofilms. This is especially true in highly permeable
sediments were advection and dispersion can represent an important mixing and trans-
port mechanism. The aim of this work is to investigate the influence of biofilms on sedi-
ment stability and retention-remobilization processes in model sediment columns, at two
commonly found fluid ionic conditions. Biofilm influence is expressed in terms of the
relative contribution of two major EPS components: extracellular carbohydrates and ex-
tracellular proteins. The collected data is expected to contribute to the understanding of
complex interaction processes which determine biofilm influence in sediment transport.

9.2.2 Materials and Methods

Organisms and Influent Solutions

Pseudomonas aeruginosa SG81 and its alginate deficient mutant, P. aeruginosa SG81R1
were used as model biofilm forming microorganisms. P. aeruginosa SG81 is a mucoid,
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highly EPS producing bacterium (Grobe et al. 1995). The organism was kept on
Pseudomonas Isolation Agar, PIA (DifcoTM). Liquid cultures were maintained in Triptic
Soy Broth, TSB (Merck). For biofilm growth inside sediment columns (1, 2 or 3 weeks),
a defined salts medium, APM50 was used. This medium consisted of 50 mM sodium
gluconate, 1 mM KNO3, 0.1 mM MgSO4 · 7 H2O, 0.05% yeast extract and 0.2 M NaCl.

Rhodamine 6G was used as a model organic pollutant. It is used in a wide variety
of applications going from ground water tracer experiments to fingerprint detection
technology in forensics. The compound was detected by fluorescence (λ ex 480 nm
λ em 541 nm) (SFM 25, Kontron Instruments fluorometer). CaCl2 or NaCl based solu-
tions were used at 70 mM concentration as influent solutions either when APM50 media
or the model contaminant were not the influents. For bacterial transport experiments
various NaCl concentrations were used, ranging from 0.6 mM up to 1 M. Desionized
water was the lowest ionic strength influent solution used.

Sediment Columns and Main Experimental Setting

To determine biofilm influence on sediment transport processes, experiments were
performed in columns representing both the sediment-liquid interface (“flume col-
umns”) and the sediment porous matrix (“PM columns”) (Fig. 9.9), in absence (ster-
ile) and presence of biofilms (non-sterile). Organic-free (550 °C, 2 h) sand F36 with an
average diameter of 0.1 mm was used as model sediment. Flume columns were hori-
zontally positioned, glass columns, half-filled with the model sediment. PM columns in
contrast, were completely filled and consisted on vertically positioned glass columns as
well as microscopy flow cells which were used for direct visualization and quantifica-
tion of transport processes inside the sediment porous matrix. The columns were con-

Fig 9.9. Main experimental setting. Upper section: “Flume columns” representing the sediment-liquid
interface. Lower section: “PM columns” both sediment-filled microscopy flow cells (left) and completely
filled sediment columns (right) representing the sediment porous matrix

9.2  ·  Role of Biofilms on Sediment Transport – Investigations with Artificial Sediment Columns
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nected using PVC or tygon tubing (Novodirect, Kehl, Germany) to peristaltic pumps
(Ismatec SA, Switzerland). Columns and accompanying tubing were sterilized by auto-
claving (121 °C, 20 min) or by dry heat (250 °C, 4 h). Columns for biofilm experiments
were inoculated with P. aeruginosa suspensions (approx. 109 cells ml–1) and then fed
with APM50 as specified before. After the completion of the experiments (except for
the microscopy flow cells), the remaining sand was removed from the column for fur-
ther analysis. All described experiments were done at least in triplicate and mean val-
ues are presented. Error bars represent the standard deviation around these mean val-
ues. Pearson correlation coefficients, r, were calculated with the open source spread-
sheet Gnumeric and considered only significant for p < 0.05 (t-test distributions).

Stability and Retention-Remobilization Experiments

Stability experiments were done in “flume columns” only. Shear stress was applied to
the sediment bed by water flow (flume-like stress) (704S, Watson Marlow peristaltic pump).
The starting point of sediment particle movement was assessed at increasing flow veloci-
ties using a video camera. The velocities ranged from 1 cm s–1 up to 21 cm s–1 set at equiva-
lent intervals. P. aeruginosa SG81 was used for these experiments. APM50 as influent
medium was replaced the day before by either CaCl2 or NaCl solutions as background
solutions. The ionic strength of these solutions was kept constant all the time.

For retention-remobilization experiments the flow rate was maintained constant
and mobility was stimulated by decreasing the ionic strength of the background solu-
tions. Flume columns were exposed to the same amount of contaminant influent at a
concentration of 6 × 10–6 M. This was followed by pollutant-free influent until effluent
pollutant concentration was stable and low. P. aeruginosa SG81 as well as its mutant
were used in these experiments. For experiments with “PM columns”, colloid-associ-
ated pollutant and bacterial mobility through the sediment were assessed as collision
efficiencies. Collision efficiency, α , is defined as the probability of a migrating particle
to attach, upon collision with sediment particles. It was obtained as the ratio between
deposition rate constants at increasing salt concentrations (up to 70 mM NaCl for col-
loid-associated pollutant and up to 1 M NaCl for bacteria) and those at high salt con-
centrations (= 1M NaCl) where deposition is independent of the salt concentration.
Due to the reason that deposition is always higher at high salt concentrations, α  values
closer to 1 indicate high deposition while those closer to 0 indicate low deposition, for
further details see (Leon Morales et al. 2004).

Analyses

Both the liquid phase and the sediment matrix were used to obtain information about
the model contaminant and bacterial concentrations. Cell enumeration was done by
total cell counts (TCC) using thoma cell chambers. EPS material was quantified as
total extracellular carbohydrates and total extracellular proteins as described in
(Wingender et al. 2001). Biofilms were separated from the sand matrices by mechani-
cal shear stress (stomacher® 400 circulator) in the presence of a cation exchange resin,
CER (DOWEX 50 × 8, Fluka) in a modified version of the procedure described by
(Frølund et al. 1996).
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A UV-VIS spectrophotometer (Cary 50, Varian Inc) was used to monitor bacterial
and contaminant concentrations in columns effluents. Confocal laser scanning micros-
copy, CLSM (LSM510, Zeiss) was used on the microscopy flow cells to observe at the
pore scale, the fluorescence of labeled bacteria and colloidal tracers as described in
(Leon Morales et al. 2004).

9.2.3 Results

Sediment-Liquid Interface – “Flume Columns”

Sediment stability.  The influence of biofilm growth and the ionic nature of the back-
ground solution on sediment stability were investigated. Higher shear stress (created
by step-wise increasing influent flow rates) was necessary for the initiation of sediment
particle movement in the presence of 5 day-old biofilms as compared with sterile, or-
ganic-free columns (Fig. 9.10). After 15 days of biofilm development, a fluffy layer de-
veloped on top of the sediment which was sheared off at low flow rates (1–5 cm s–1).
The underlying sediment, however, displayed an elevated stability. This stabilizing ef-
fect could be correlated with increasing protein and carbohydrate concentrations.

An increase on the critical shear stress was observed when the background solution
was CaCl2 + NaHCO3 instead of NaCl + NaHCO3 even though all other parameters in-
cluding time of biofilm growth were kept constant. There was a higher correlation of
carbohydrates to the critical shear stress (r = 0.89) as compared with protein (r = 0.60).
The correlation of carbohydrates to the critical shear stress is further increased and
found to be significant (p = 0.02), when the background solution was CaCl2 + NaHCO3.

The ratio carbohydrate/protein, found in the extruded sediment, increased with time
of biofilm growth: from 1.58 after 5 days of growth to 2.63 after 15 days of growth and
after Na+ based background solutions and to 2.27 for Ca2+ based background solutions.

Retention-remobilization.  Model pollutant retention-remobilization was investigated
in the presence of Ca2+ based background solutions, for columns inoculated with
P. aeruginosa SG81 and its alginate deficient mutant. After model contaminant column
saturation (Fig. 9.11) and the subsequent stimulated remobilization, fractions were

Fig 9.10.
Biofilms induced sediment
stability. The bars indicate the
linear velocity (left y-axis) at
which sediment particle move-
ment started. Squares and tri-
angles represent micrograms
of extracellular proteins and
extracellular carbohydrates
respectively per gram of
extruded wet sediment
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collected from sediment columns effluents at fixed time intervals and flow rates. Rela-
tive fluorescence of each fraction was plotted against time of elution. Integration of
these breakthrough curves was used to quantify the amount of remobilized pollutant.

Sterile columns resulted in the higher remobilization rates in triplicate columns as
compared to the columns inoculated with the mutant and the alginate producing bac-
terium (Fig. 9.12).

Figure 9.12 shows that pollutant remobilization in the presence of both P. aeruginosa
SG81 and SG81R1 biofilms is significantly decreased. Taking the integrated remobili-
zation of the sterile columns as a starting point, model pollutant remobilization from
the alginate-deficient mutant inoculated columns was 52% while it was 23% in pres-
ence of a biofilm with the alginate-producing wild strain. The correlation of EPS to
pollutant retention is high for both proteins and carbohydrates (r = 0.90 and r = 0.97
respectively), however, the ratio carbohydrate/protein is higher (2.83) in the mucoid
columns as compared to the non-mucoid ones (0.70).

Fig 9.11. Process of column exposure to the model contaminant used. This is the concentration of
contaminant as detected in the column effluent. The concentration in the influent was constant until
around 70 hours time after which it was changed by pollutant-free solution at high ionic strength

Fig 9.12.
Remobilization patterns of rho-
damine 6G from sterile sedi-
ment columns and columns
grown with P. aeruginosa SG81
and P. aeruginosa SG81R1
biofilms
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Processes within the Sediment – “PM Columns”

Bacterial transport and biofilm formation in porous media.  Biofilms developed
also between sediment particles even at considerable sediment depths. These experi-
ments therefore investigate the role of biofilms in pollutant transport and hydrody-
namics at this level. For these experiments, only P. aeruginosa SG81 was used. Data
from the completely saturated columns and from the sand-packed microscopy flow-
cells showed that the saturated hydraulic conductivity decreased over time when col-
umns were inoculated and fed with nutrients. After an instability period on the mea-
sured hydraulic conductivity, it decreased steadily until a more or less constant lower
plateau was reached for the rest of the observation period. This plateau was observed
after approximately 7 days of constant nutrient influent. In non-inoculated columns a
reduction in saturated hydraulic conductivity was observed after the first hours of col-
umn packing. The measured hydraulic conductivity remained more or less stable at a
higher value than obtained with the biofilm growing columns (Fig. 9.13).

The attachment or collision efficiencies of biofilm bacteria give information on the
first steps of biofilm formation in a porous medium. Relatively high collision efficien-
cies were found for the model microorganism at a wide range of salt concentrations as
compared with clay colloids (Fig. 9.14).

Fig 9.13.
Changes in porous matrix
hydraulic conductivity in-
duced by biofilm growth.
Hydraulic conductivity was
measured using a constant
head permeameter

Fig 9.14.
Collision efficiencies obtained
from image analysis of bacterial
and colloid transport experi-
ments done with sediment
packed microscopy flowcells
and CLSM
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Fig 9.15. Pore scale visualization of bacterial attachment to sediment grains. Bacteria were labeled
with SYTO 9 and injected as a pulse. The pictures represent before (a) and after (b) bacterial elution at
the same distance from the flow-cell inlet and at the same range of ionic strengths as depicted in Fig. 9.14

Fig 9.16.
Visualization of porous medium
hydraulic conditions. a Biofilm
formation on top of sand grains
evidenced by detection of
fluorescently labeled (SYTO 9)
bacterial cells using CLSM.
Uncovered sand grains remain
dark. b Remobilization of
bacterial cells (lighter zones)
after drastically decreasing
ionic strength in the influent
solution. c Clogging of the
porous matrix with colloidal
aggregates at high ionic
strength conditions. The
aggregates are stained with
rhodamine 6G which is also
detected by fluorescence
(lighter zones)

Bacterial attachment occurred even at low ionic strengths (1 mM in Fig. 9.14
and 9.15), however, drastically decreasing ionic strength in the presence of Na+ ions,
results in remobilization of retained microorganisms (Fig. 9.16b). In the presence of
clay-like colloids, in contrast, sudden increments on ionic strength resulted in clogging
of the porous matrix and remobilization of attached bacteria (Fig. 9.16c). Additionally,
biofilm growth was confirmed in the surface of sand grains by CLSM (Fig. 9.16a).
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EPS, Electrochemical Conditions and Pollutant Retention

After characterization of biofilm formation and bacterial attachment and transport through
the target sediment, biofilm influence on the mobility of the model pollutant was investi-
gated using background solutions dominated by two different ionic species. The amount of
EPS especially proteins and cell numbers increased with time in inoculated columns (Fig. 9.17).
The impact of biofilm growth on colloid and colloid-bound model pollutant transport de-
pended, however, greatly on the type of cation dominating the background solution previ-
ous to pollutant injection. This is especially evident after 3 weeks of biofilm growth (Fig. 9.17).

Pollutant retention increased with time and EPS content in columns with Ca2+ domi-
nated background solutions. There was some correlation of carbohydrates to pollutant
retention (r = 0.47) in these systems, however, the correlation of proteins to retention was
significantly higher (p = 0.02). In the case of columns with Na+ dominated background
solutions, pollutant retention did not increase with time. The combined EPS production
in the porous matrix environment was lower (as much as 1 order of magnitude) as com-
pared to the liquid sediment interface. In contrast to what happened at the sediment-
liquid interface, inside the porous medium, carbohydrate/protein ratio decreased with
time of biofilm growth (from around 6 in the first week to around 1 in the third week)
when Ca2+ dominated the background solution. It remained constant, however, when Na+

was the dominant ion in the background solution.

9.2.4 Discussion

Sediment Stability

At the sediment water interface, biofilm growth had a clear influence on sediment sta-
bility, i.e. on the stress necessary to start sediment particle movement. Plateau phase

Fig 9.17. Collision efficiencies (right y-axis) of colloid-associated rhodamine 6G and corresponding
EPS and cell counts (left y-axis) remaining in saturated sediment columns (porous matrix) after colloid
mobility experiments. x-axis represents weeks of biofilm growth

9.2  ·  Role of Biofilms on Sediment Transport – Investigations with Artificial Sediment Columns
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biofilm growth at this interface (15 day biofilms) had a stabilizing effect only after a
layer of low density EPS was eliminated at low flow rates. Visual observations showed
that this “fluffy” layer carried with it associated sediment material but this was not
quantified. It was found that sediment stability is positively correlated with an increased
production of EPS. Especially in the case of Ca2+ dominated background solutions,
extracellular carbohydrates were highly correlated to critical shear stress (Fig. 9.10).
The carbohydrate/protein ratio increased with time at the sediment-water interface.
This suggests a calcium stabilizing and cementing effect, within carbohydrates and
between carbohydrates and sediment particles. The influence of calcium ions in the
viscoelastic properties of P. aeruginosa SG81 biofilms has been demonstrated already in
other studies using rheological methods (Körstgens et al. 2001). In the mentioned studies,
calcium was available in the growth medium during all the time of biofilm develop-
ment. In the present study, in contrast, calcium was available only after biofilm growth.
This shows that calcium can be incorporated and can exert an influence in relatively
short periods of time. In natural sediments, de Brouwer et al. (2002) found a strong
interaction between extractable carbohydrate and sediment particles. Part of this EPS
was irreversibly bound to sediments (not re-extracted by 0.1M EDTA). Furthermore,
the amount of irreversibly bound EPS increased 50% in the presence of Ca2+ ions.

EPS production in PM columns was generally lower than in flume sediment col-
umns suggesting isolated and patchy biofilms and demonstrating the importance of
the habitat on biofilm development. In these systems, carbohydrate/protein ratio de-
creased with time and at constant ionic strength conditions, biofilms affected the hy-
draulic conductivity of the porous medium. The effect on sediment cohesiveness was
not assessed but the retention capacity particularly of clay-like minerals suggests a
positive effect on sediment stability. EPS production within the sediment and mobile
EPS fractions permeating sediment voids can increase the cohesiveness of sediment
grains which can be bonded in bigger aggregates. Under these conditions, rates of
sediment mobilization will depend not only on the size of the sediment grains but also
on EPS content. At changing electrochemical conditions (e.g., decreasing ionic strength),
especially in the presence of monovalent cations, biofilm stability as well as rates of
microbial attachment can be drastically affected. This will have obvious consequences
on sediment stability. Furthermore, in natural environments, biofilm distribution in
the porous medium is not homogeneous and can change depending on depth, ecology
and on the biogeochemistry of the site (Yallop et al. 2000). The type of biofilm and the
relatively fast changes that can occur in biofilm stability and EPS production rates at
changing electrochemical conditions, are determinant for sediment transport in natu-
ral environments. This dynamic behavior and the resulting distributions in erosion
rates cannot be easily included in sediment transport prediction models.

Retention Remobilization Processes

At the sediment-liquid interface, the absence of alginate (P. aeruginosa SG81 mutant)
resulted in higher pollutant remobilization as compared with the alginate producing
wild strain. In both cases, however, there was less remobilization than in the sterile
columns. Although, it is very likely that the excess of carbohydrate was responsible for
lower remobilization rates in the wild type inoculated columns, it is not possible to rule



367

out the role of proteins in retention. This is evidenced in the fact that pollutant reten-
tion was also highly correlated with protein content. Previous studies (data not shown)
have demonstrated that after predominance of Ca2+ ions, remobilization of retained
particles and biofilm components occurs very slowly. Only after several pore volumes
of deionized water, remobilization events start to take place. It is plausible then to as-
sume, that after prolonged periods of a very low ionic strength influent, accumulated
pollutant, not remobilized in the time frame of our experiments (Fig. 9.12), could start
to be remobilized. This can also be truth in the case of monovalent ion exchange which
is realistic in nature e.g., sea water infiltration near coasts.

In PM columns, the correlation of proteins to retention was significantly higher than
carbohydrates and Ca2+ played an important role both in biofilm stability and pollut-
ant retention. Furthermore, the ratio carbohydrate/protein decreased with time which
suggests an important role of proteins in pollutant retention within the sediment matrix.
In the case of Na+ background solutions, the lack of retention could be attributed to
biofilm instability, detachment and co-elution effects.

In summary, carbohydrates are probably more important than proteins in sediment
stability at the sediment-liquid interface. In terms of retention-remobilization processes
at this level there was no evidence of a predominant carbohydrate role. Within the
sediment, in contrast, proteins played a predominant role when conditions were ap-
propriate for pollutant retention (i.e. dominance of Ca2+ in the background solutions).

9.2.5 Conclusions

The experimental data from sterile/non-sterile sediment systems show that:

� P. aeruginosa biofilms increase the stability of model sediments. The extent of this
effect increases with time and with the presence of calcium ions.

� The remobilization of model contaminants is inhibited in the presence of biofilms.
This inhibition is higher in the alginate producing mucoid P. aeruginosa SG81 strain
as compared to its alginate-deficient mutant.

In the porous matrix, transport can be highly influenced by biofilm formation and fluid
ionic composition, both in terms of changes in hydraulic conditions (permeability, hydrau-
lic conductivity, dispersivity, etc.) and retention-remobilization of migrating pollutants.

Biofilm influence on sediment transport processes is not limited to the major sedi-
ment-water phase interface. Processes occurring in the depth of the sediment must also
be taken into account.
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9.3 Role of Bacteria in Heavy Metal Transport during the Dredging
in the Rhône River

9.3.1 Introduction

Dredging activities have a wide range of applications, permitting to: limit flooding,
restore water flow, restore navigation and improve the quality of water when contami-
nated sediments are extracted. The number of dredging is increasing due to human
activities. Dredging activities have potential economic and environmental impacts, such
as ecological or health risk since the pollution detected in these sediments comes from
various origins.

Between 1990 and 2000, the quantity of sediments dredged in France amounted to
2.8 million m3 yr–1 (Hardy 2002). Dredging activities on the Rhône River represent 46%
of the total volume of sediments dredged in France.

Over the 1997–2002 period, the average volume of sediments dredged from the Rhône
River was around 885 000 m3 yr–1. The volume of silt dredged in that period was esti-
mated to 3.9 million m3, i.e., an average of 665 000 m3 yr–1 (ca. 70 to 75% of the total
volume dredged annually in the Rhône River). Nevertheless, this volume represents



369

only about 6% of the total suspended matter transported by the Rhône during a year
between Génissiat (department 01, France) and Vallabrègues (department 30, France),
which are, respectively, the upstream and downstream reference points.

Dredging on the Rhône River is usually done with a suction dredge followed by
a discharge into the water flow. A mixture of water (70 to 90%) and sediment
(10 to 30%) is pumped from the sediment and re-suspended in the water flow. The
concentration of suspended matter downstream a suction dredge typically ranges
between 100 and 300 g l–1 depending on the material dredged and the type of ma-
chine used.

In situ measurements were realized during a re-suspension dredging operation
(on the Vaugris site, Isère, 38, France). It was observed that: (i) the plume generated
was detectable over 1 000 m downstream, and (ii) a high bacterial population was
present over 500 m downstream.

Bacteria, bio-colloids, are important heavy metal carriers (see the review of Sen and
Khilar 2006) whose study appears important in works related to heavy metals trans-
port.

The questions tackled in this document are:

� Does the re-suspended matter transport pollutants or are pollutants rather dissolved?
� What is the role of bacteria in the transport of polluants?

The present study focuses on the processes of re-suspension and settling of dredged
sediments. Laboratory experiments were conducted with the sediment dredged in the
St. Vallier site. This sediment was firstly suspended in a known volume of water, and
then allowed to settle. The concentration of suspended particles in the water column
was time-monitored during the settling process. Samples were extracted at different
times and to separated in distinct grain size compartments, in order to measure bac-
terial cell density and heavy metals concentration in each of them. Results obtained
with sterilized and non-sterilized sediments were compared to assess the role of bac-
terial populations.

9.3.2 Materials and Methods

Protocol Development and Experimental Protocol

The experimental approach followed the static protocol described below.
The sediment/water ratio used (in %) is 30/70. This ratio is the one to be used in

situ, as indicated by the National Rhône Company. A dry mass of 240 g of sediment
was mixed with distilled water (filtered at 0.22 µm on nitrate and acetate filters) in a
final volume of 1 l using a rotary shaker, during 24 h. Preliminary experiments were
done in triplicates to evaluate the reproducibility of settling and the method of sam-
pling. Sampling from water column during settling was done every 2 min in these ex-
periments and suspended matter concentrations analyzed. These results showed that
the suspended matter concentration was the same throughout the whole water column
(excepted the water surface). We decided to sample at half the height of the water column.

9.3  ·  Role of Bacteria in Heavy Metal Transport during the Dredging in the Rhône River
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On the basis of these preliminary experiments, the following sampling times were
considered for the different settling phases in the subsequent experiments:

� Initial mix (t = 0).
� Rapid settling (t = 4 min).
� Progressive settling monitored at times 10, 15 and 30 minutes.
� Approach of stationary phase at times 60 and 120 minutes.

The suspensions were analyzed for suspended matter, bacterial concentration, and
heavy metals concentrations.

The mass of sediment and volume of water used in the experiments were defined
so that the suspended matter concentration at t = 0 was similar to that obtained at the
re-suspension point in the in situ experiment (ca. 74 300 mg l–1). The rapid settling
phase (obtained at t = 4 min) was considered to reproduce in situ suspended matter
concentrations obtained 3 meters downstream from the re-suspension point (ca.
2 640 mg l–1).

Characteristics of Selected Sediment

The sediment used was dredged from the St. Vallier station (department 26, France) on
the Rhône River.

Some experiments were run with sterilized sediment to assess the role of microbial
biomass.

Two different types of sterilizations were tested: one physical sterilization (by gamma
radiation) and one chemical sterilization (by formaldehyde). These two sterilizations
are commonly used on soil and sediment studies (McNamara et al. 2003). The steril-
ization by gamma rays is usually considered as the least destructive mode of steriliza-
tion (McNamara et al. 2003; Trevors 1996). The sterilization by formaldehyde is used
to confirm or infirm some of the results obtained with gamma rays sterilization.

These different sterilization stages were carried out as follows:

� Gamma rays: gamma rays sterilization was done by the “Ionisos” company (Dagneux,
department 01, France) at 40 KGy, followed by a 3-week rest at 4 °C to destroy re-
sidual enzymatic activities.

� Formaldehyde: the sterilization by formaldehyde was realized by mixing (with sev-
eral vigorous shakings) 0.5 ml of formaldehyde solution at 30% per dry g of sedi-
ment, followed by a 3-week rest at 4 °C.

Analytical Methods

All experiments were triplicated (unless otherwise stated). The glassware used was
washed with HNO3 at 5% overnight, and rinsed several times with distilled water.

Suspended matter concentrations were measured according to the French standard NF
EN 872, by filtration at 1.2 µm on microfiber filter (Whatman).
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Filtrations of aqueous suspensions were done with nitrate and acetate filters of 8 µm
pore-size as a pre-filtration step to avoid clogging in subsequent filtrations, followed by
1.2 and 0.45 µm pore-size filtrations for particle size fractionation (Millipore filters
SCWP, RAWP and HAWP, respectively). Before filtration, an aliquot of suspension was
sampled and kept for analysis.

Heavy metal concentrations

� In the suspensions, concentrations were determined by mineralizing 3 to 20 ml of
suspension (depending on suspended matter concentration) with 2 ml of HNO3 at
65% (Merck Suprapur) and 6 ml of HCl at 30% (Merck ultrapur) following the
French standard NF EN ISO 15587-1. The suspensions were filtered before being
analyzed by atomic absorption (Hitachi 28200) (detection limit for Cd: 0.1 µg l–1

and for Zn: 0.1 mg l–1).
� In the filtered solutions, Zn concentrations were measured by ICP/AES (Per-

king Elmer) following the French standard NF EN ISO 11885 (detection limit:
0.05 mg l–1 for Zn).

Bacterial cell density was measured using LIVE/DEAD® BacLight™ protocol: a sample
of 100 to 150 µl was incubated with 150 µl of propidium iodide and 200 µl of SYTO 9
during 15 minutes in a total volume of 5 ml completed with water filtered at 0.22 µm.
After incubation, the solution was filtered on Millipore isopore filter GTBP (0.22 µm).
The filter was placed on a slide between two drops of low fluorescence immersion oil
(Zeiss Immersol 518N) and covered with a clear glass cover slip. The observation was
then realized on a Zeiss microscope with filter set 09 (Zeiss no.: 488009-0000). Twenty
microscopic fields were numbered on each filter. Volumes filtered were performed to
10 at 100 cells per fields. The counting operation was realized on 3 different filters
without distinction between viable and not viable cells.

9.3.3 Results

Characteristics of Selected Sediment

The physico-chemical characteristics of the sediment are considered as being repre-
sentative of the Rhône River’s sediments (Table 9.2).

Relatively high concentrations of Zn, Cd, Cu and Fe were observed as shown in
Table 9.2.

The bacterial concentration was also found to be relatively high (Table 9.2). Such
population exhibited dehydrogenase and denitrification activities. The first one
indicates a good respiratory potential and a possible role in the carbon cycle (Enge-
len et al. 1998). The second one plays a part in the carbon and nitrogen cycles
(van Rijn et al. 2006). These results suggest that the pollutants present in the
sediment do not significantly inhibit bacterial population, dehydrogenase and deni-
trifying activities.

9.3  ·  Role of Bacteria in Heavy Metal Transport during the Dredging in the Rhône River



372 Chapter 9  ·  Microbial Effects

Time Evolution of Suspended Matter Concentration

The evolution of suspended matter concentration in the water column (at half-height
of water column) during settling is shown in Fig. 9.18 for the different experiments
carried out with non-sterilized (namely “biotic”) sediment and with sediments steril-
ized chemically (using formaldehyde) or by gamma irradiation. In all experiments,
initial concentrations of suspended matter were roughly the same (ca. 1.6 × 105 mg l–1).

pH values in the water column for biotic and gamma rays experiments were not
differentiated (around 6.9 ±0.02) and relatively steady during all the settling.

Settling of Biotic (Untreated) Sediment

Figure 9.18 shows that the settling of biotic sediment is faster than that of sterilized
sediments. More than 98.8% of suspended matter was found to settle over the 4 first
minutes (suspended matter concentrations were 1.59 × 105 mg l–1 and 1.91 × 103 mg l–1

at times 0 and 4 min, respectively).

Settling of Sterilized Sediments

Two types of sterilization were tested, using gamma rays or formaldehyde (physical
and chemical treatment). The forms of the settling curves obtained with the 2 steril-
ized sediments are similar to that of the “biotic” sediment, but the speed of settling over
the first 30 minutes was found to be significantly different (Fig. 9.18). Sediment steril-
ized by gamma rays exhibited the slowest settling, and sediment sterilized with formal-
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dehyde showed an intermediate behavior between the “biotic” and the “gamma rays”
sediments (Fig. 9.18).

Although the differences observed between the “biotic” and “gamma rays” or “form-
aldehyde” experiments cannot be exclusively attributed to the presence of microorgan-
isms, results suggest that microorganisms play a role in settling and its velocity. The
grain size particles and stability aggregates of biotic sediment and sediment sterilized
by gamma radiation showed few differences as underlined before in the review of
McNamara (2003) (data not shown). The gamma rays treatment doesn’t break aggre-
gates of the sediment. The microbial population via through microbial flocs is known
to be involved in the formation of particle aggregates in sediments (Stemmer et al.
1998; van Elsas et al. 1997). The microbial exopolysaccharides bind clay mineral and
humic components into microaggreagates (van Elsas et al. 1997). The first hypothesis
is that cells death could weaken aggregates. Thus these fragile aggregates could be broken
after a long and vigorous shaking as in our experimental protocol. It is assumed that
the partial destruction of aggregates results in the formation of smaller particles, which
settle at reduced velocity.

Gamma radiation creates free hydrogen and hydroxyl radicals that react as reducing
and oxidizing agents and cleave C–C bonds (Trevors 1996). The second hypothesis is
that the organic matter of the sediment is transformed, inducing a modification in the
settling.

The difference between “biotic” and “gamma rays” sediment may be attributed to
these two distinct effects: aggregation and organic matter. This hypothesis is confirmed
by the results obtained with the formaldehyde experiment.

Bacteria Distribution

Bacterial counts were done both in the water column sampled at different settling times,
and in the different particle size fractions obtained by successive filtrations of the wa-
ter column at 1.2 µm and 0.45 µm).

Cell counts done in the experiments with sterilized sediments showed that no viable
microbial cells were found (data not shown), thereby confirming the efficiency of ster-
ilization treatments.

9.3  ·  Role of Bacteria in Heavy Metal Transport during the Dredging in the Rhône River
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Suspended matter concentra-
tion in water column with
different treatments. The
biotic experiment is repre-
sented by a triangle, the
formaldehyde experiment
by a square, and the gamma
rays experiment by star
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Results obtained with “biotic” sediment are shown in Fig. 9.19 where the histograms
and the line represent the bacterial cells concentrations and the suspended matter
concentration, respectively.

Bacterial concentration was very high at t = 0 (initial mix), then decreased rapidly
during settling (1.8 × 109 at t = 0 to 2.34 × 107 cells ml–1 at t = 120, see Fig. 9.19), follow-
ing the same pattern as suspended matter. Heavy metals concentrations also decreased
following a similar pattern (see below and Fig. 9.20).

The number of bacteria in the solutions filtered at 1.2 µm varied only slightly dur-
ing the settling process (from 1.87 × 106 to 1.30 × 107 cells ml–1). This population (in
F < 1.2 µm) was found to represent only 0.5% and 6% of the total population at t = 0
and at t = 60 min, respectively (Fig. 9.19). The cells counted in this fraction corre-
spond to free cells, or cells associated to microparticles or colloïds (particle size less
than 1.2 µm).

Cell counts carried out in the solutions filtered at 0.45 µm showed the presence of
bacteria at a concentration ranging between 1 × 105 to 1 × 106 cells ml–1 (data not shown).

Heavy Metals Distribution

Zn, Fe, Cd and Cu concentrations were monitored in the water column and in the solu-
tions filtered at 1.2 µm and 0.45 µm (i.e.  “Total fraction”, “F < 1.2 µm” and “F < 0.45 µm”).
Table 9.3 shows the results obtained in “biotic” and “gamma rays” experiments. Fig-
ure 9.20 illustrates the typical data obtained for Zn, which exhibits a behavior repre-
sentative of that of the other monitored metallic elements. Measurements, of heavy
metal distribution, for “formaldehyde experiment” are underway. These complemen-
tary results will permit us to confirm or infirm the tendency obtained with the biotic
and gamma rays experiments.

Table 9.3 and Fig. 9.20 show a fast decrease in heavy metals concentration
both with biotic and sterilized sediments, with a time course very similar to the
drop in suspended matter concentration (Fig. 9.18) and bacterial population
(Fig. 9.19). Zinc concentration in the water column was divided by 75 during the
first 4 minutes in the biotic experiment, and by 12 in the same time for the abiotic
experiment (Table 9.3).

Figure 9.20 shows that although zinc concentration was initially slightly higher
in the biotic experiments, the concentrations dropped drastically over the 4 first min-
utes to become 4 times smaller than in the “abiotic” experiments. After the 4 first

Fig. 9.19.
Bacterial population in the
water columns (black bars)
and in the particle size fraction
F < 1.2 µm (gray bars), and the
suspended matter concentra-
tion in water column (line)
during settling
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minutes, the focus in Fig. 9.20 shows that the concentration still continued to decrease
in both experiments (below detection limit in biotic experiments), but at a much
smaller rate.

The same observations can be done for Cd, Cu and Fe. Consequently, Table 9.3 shows
that during the first 4 minutes of the settling process, Cd concentration was divided
by 50 and 11 in the biotic and abiotic experiments, respectively. For Cu (respectively
Fe), the reduction factors of the concentration in the first 4 minutes are 74 (respec-
tively 62) in the biotic experiments, versus 10 (respectively 7) in abiotic experiments.

Heavy metal concentration in the water column during settling after re-suspension
of biotic sediment were therefore much smaller than with sterilized sediment.

Correlation analyses (linear correlation) showed that Zn, Cu, Cd and Fe concentra-
tions were significantly correlated with suspended matter concentration in water col-
umn (0.96 < r < 1 and p < 0.01). This result is consistent with those of Carpentier et al.
(2002) and Pettine et al. (1994).

Indeed, experiments done with biotic sediment showed that both suspended matter
concentration and heavy metals concentrations were significantly smaller than with
sterilized sediments.

Oxidation of anoxic sediment (influx of dissolved oxygen) results in positive change
in the redox potential and in a decrease in sediment pH (mainly due to the oxidation of
sulfide). This decrease in pH doesn’t happen in buffered sediment. In our experiment,

9.3  ·  Role of Bacteria in Heavy Metal Transport during the Dredging in the Rhône River

Fig. 9.20. Zinc concentration in the water column during settling in “biotic” (black bars) and “abiotic”
(gray bars) experiments
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the pH of sediment was 7.2 vs. 6.9 in the water column. We can consider that the low
pH variation during the oxidation phase was probably due to the dissolution of min-
eral carbonate (166 mg kg–1 of calcareous in sediment) as described by Caille et al.
(2003). Metals co-precipitated with or adsorbed to FeS and MnS are rapidly oxidized.
The released Fe and Mn are rapidly re-precipitated and deposited as insoluble oxides/
hydroxides to which newly released metals can become adsorbed at varying rates and
extents (Calmano et al. 1993; Stephens et al. 2001; Caetano et al. 2003). Caille et al. (2003)
showed that during an extended aeration and after a rapid release of metals (Zn,Cu),
a decrease in the metal solubility is observed probably due to their co-precipitation
with carbonates or oxides. The low concentration in Zn, Cu and Cd in F < 1.2 µm and
F < 0.45 µm may be attributed to the same phenomena as described above.

9.3.4 Conclusions

A laboratory protocol was developed to simulate dredging by re-suspension and inves-
tigate the role of microbial cells in settling and heavy metals distribution. Bacterial cell
concentration, suspended matter concentration, and heavy metals concentrations fol-
lowed similar patterns during settling after re-suspension. A very fast settling phase
was observed over the first 4 minutes after re-suspension, followed by a slower phase,
approaching stability within ca. 30 minutes. Moreover, we show a significant bacterial
population in the studied grain size compartments (F < 1.2 µm and F < 0.45 µm), and
a low Zn concentration.

Settling was found to occur at a smaller rate with sterilized sediments. Zn, Cu, Cd
and Fe concentrations in the water column showed a faster decrease during the settling
of biotic sediment as compared to the sediment sterilized by gamma rays.

The concentrations of Zn, Cu, Cd and Fe were correlated to the suspended matter
concentration in water column in both treatments (biotic and sterilization by gamma rays).

These first results describe the influence of bacteria on settling of suspended matter.
The texture and structure of sediment was not modified by the gamma rays treatment
(data not shown). However, from the difference in settling we can conclude that the
absence of bacteria, which keep the soil structure “cement”, induced a fragility of the
aggregates after a long and vigorous agitation (the fragility was not observed with a
stability test which is sweeter than our 24 h of vigorous agitation). The absence of
bacteria does not permit a constant concentration in exopolysaccharides and thus a
keep in stability. Therefore the role of bacteria is to maintain aggregation by the pro-
duction of polysaccharides. This aggregation induces a rapid settling of particles with
heavy metals attached.

In order to better elucidate the mechanisms by which microbial cells influence set-
tling of suspended matter and heavy metals distribution, further studies are under-
way to investigate particle size distribution of “biotic” vs. “abiotic” experiment and
evaluate bacterial diversity by DGGE or SSCP in order to characterize the evolution
of the bacterial population during settling. These experiments will permit us to bet-
ter know the microorganisms part in the particles settling by physico-chemical or
biological processes, and so the metals settling during the sediment dredging in the
Rhône River.

9.3  ·  Role of Bacteria in Heavy Metal Transport during the Dredging in the Rhône River
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Chapter 10

In concepts for the assessment of contaminated sediments ecotoxicological test sys-
tems are a present line of evidence among others. Sediment toxicity could be prag-
matically defined as any toxic effects observed in laboratory toxicity tests. These meth-
ods indicate bioavailability and the adverse effect of environmental samples by expos-
ing them directly to test organisms. Due to the heterogeneity of the matrix (sediment)
and the genetic variability of test organisms, toxicity tests are often undervalued in
relation to their statistical power. In most cases standardized tests are performed with
the same requirements for quality control as chemical analyses have. Consequently,
toxicity testing can only be done with a limited number of species, tested under con-
trolled laboratory conditions, thus limiting their ecological relevance.

Section 10.1 deals with the quality assurance of ecotoxicological testing. The varia-
tion and standard deviation of each bioassay has to be known in order to categorize
toxicity reliable. Another crucial point is the quantitative comparison of toxic effects.
Sensitivity of toxicity tests is not only species and contaminant-specific. It also varies
depending on the endpoint measured. Information on the responsiveness of a test
system is hence of high importance for the interpretation and the degree of confidence
that would be involved in resulting management decisions.

The results of a test battery can be reduced to toxicity classes. The classification
system worked well to detect changes in spatial and temporal sediment quality. A lon-
gitudinal survey along the Elbe confirmed the higher toxicity of upstream sediments
partly due to historic sediment contamination from the river basin (Sect. 10.2).

A river basin is a dynamic system, where interactions between different compart-
ments (river-sediment-soil-groundwater) greatly influence the ecological quality. The
limitations of the single methods for quality evaluation are overcome by using chemi-
cal, ecotoxicological and in situ ecological data as different lines of evidence, but com-
bining them for further interpretation. In such a “Weight of evidence”-concept, the
more lines of evidence support the conclusion, the stronger the weight of evidence.
Section 10.3 features the urgent need to cross disciplinary boundaries in order to de-
rive a realistic assessment regarding the erosion risk of old deposited sediment layers
as well as the bioavailability and hazard potential of their associated contaminants at
different aquatic sites. Especially the combination of hydrodynamic and ecotoxicological
methods will give (i) comprehensive insights into the effects of flood events on biota
and ecosystems and (ii) allow evaluation of sediment and thus water quality with re-
gard to the global climate change and the expectations of more severe floods in the
near future.

Sediment Toxicity Data

Wolfgang Ahlf
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10.1 Quality Assurance of Ecotoxicological Sediment Analysis

10.1.1 Introduction

The overall goal of a well-designed and well-implemented sampling and analysis pro-
gram is to measure accurately what is really the status of the area studied. Environ-
mental decisions are made on the assumption that analytical results are, within known
limits of accuracy and precision, representative of site conditions. Many sources of
error exist that could affect the analytical results. These sources of error may include
sample collection methods, sample handling, preservation, and transport; personnel
training; analytical methods; data reporting; and record keeping. Therefore, a quality
assurance program has to be designed for each sediment quality evaluation to mini-
mize these sources of error and to control all phases of the monitoring process.

A summary of errors which can occur during the assessment process are indicated
in Table 10.1. Experts agree that 10 to 20 per cent of resources, including manpower,
should be directed towards ensuring the quality of analytical determinations for com-
mon water quality variables (Anon. 1987). When trace pollutants (e.g., pesticides and
trace elements) are measured, the resources required for quality control may reach
50 per cent (Meybeck et al. 1992).

Major problem areas have been identified and discussed by the European thematic
framework “Metropolis” (Metrology in Support of Precautionary Sciences and Sus-
tainable Development Policies; Anon. 2004):

� lack of harmonization of the procedures applied by laboratories (starting with the
sampling procedure, but also including the approach adopted for the calculation of
the uncertainty); this lack of harmonization makes the data obtained from different
sources difficult to compare;

� lack of representativeness: data that do not reflect the reality that we want to repre-
sent are simply not fit for purpose;

� a too high level of uncertainty associated with the data collected makes the process
of decision-making critical (on the other hand, in some cases the uncertainty is not
expressed at all!);

� lack of metadata: information about the data (what, how and when measurements
were made, who owns the data, etc.) and the way they are reported/used is an essen-
tial requirement to allow the use of the data for other purposes (e.g., compilation of
databases);

� lack of traceability: The concept of traceability implies that measurement data are
linked to stated references through an unbroken chain of comparison, all with stated
uncertainties (Quevauviller 2004).

Criticism on the certainty of sediment data led to the lack of environmental quality
standards (EQS) in the Water Framework Directive (EC 2000) as well as in the Daugh-
ter Directive on priority substances from 17 July 2006. Crane and Babut state that “For
sediments, consultation on the setting of EQS raised many concerns about (i) the fac-
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tors affecting, or at least influencing, sediment toxicity and (ii) compliance checking.
The former group of concerns stems from sediment heterogeneity, confounding fac-
tors such as ammonia, uncertainties related to assessment or testing approaches, and
ultimately to the lack of unambiguous relationships between toxic effect endpoints
and (individual) chemical concentrations in sediment.” (Crane and Babut 2006).

While the traceability concept for quality control of chemical sediment analysis has
been discussed to some extent – also in the frame of the discussion on EQS in the
Water Framework Directive (Quevauviller 2004; Foerstner et al. 2004), the issue of
quality control of (eco)toxicological data of sediments (see also Fig. 2.9, Sect. 2.2) ap-
pears to be a diffuse and confusing question for decision makers, especially because
variability of biologial systems seems to result in less reliable data compared to

10.1  ·  Quality Assurance of Ecotoxicological Sediment Analysis
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assumably exact chemical data. This assumption does not take into account (a) the
ecological relevance of data, and (b) the often overestimated precision of chemical
analysis which especially for low concentrations of organic contaminants may be fairly
poor (Heise et al. 2005).

The following sections will revise shortly the discussion on sediment chemical data
quality, and describe more detailed requirements on ecotoxicological data quality, fol-
lowed by suggestions for integrating uncertainty of data into environmental decision.

10.1.2 Sediment Chemical Data Quality

From a practical view, the traceability concept for quality control of chemical sediment
analysis comprises three categories of investigations (Fig. 10.1), as described by Förstner
(2004), Heise et al. (2005, 2004) (see also Sect. 2.2):

� Memory effect, mainly in dated sediment cores from lakes, reservoirs and marine ba-
sins, as historical records reflecting variations of pollution intensities in a catchment
area. In order to confirm the presence and extent of sediment contamination, the trace-
ability concept addresses “Sampling and sample preparation” (Mudroch and Aszue 1995),
“Analysis” (Quevauviller 2002), “Grain size normalization” (Förstner 1989), and assess-
ment of uncertainties, resulting from variations of typical matrix constituents.

� Basic characterization, i.e., sediment as ecological, social and economic value, as an
essential part of the aquatic ecosystem by forming a variety of habitats and environ-
ments. A system approach is needed comprising biotests and effect-integrating
measurements due to the inefficiency of chemical analysis in the assessment of com-
plex contamination. In this scope, issues of bioavailability (Dickson et al. 1994),

Fig. 10.1. Schematic overview on traceability aspects of chemical sediment analysis (for details see
Förstner 2004). RM: Reference material; Doc: documented procedure; AVS/ΣSEM: acid volatile sulfide/
sum of simultaneously extractable metals (DiToro et al. 1990); *Wet Sample: sub-sampling for tests
under oxygen-free atomsphere (pore water, sequential extraction, etc.)
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porewater chemistry (Carr and Nipper 2001; Tessier and Campbell 1987) and the
question how findings within the chemical proportion relates to results of the bio-
logical studies need to be addressed.

� Secondary source, mobilization of contaminated particles and release of contami-
nants after natural or artificial resuspension of sediments. On a river-basin scale,
i.e., when applied in a conceptual river basin model (CBM), chemical and ecological
information need a strong basis of sediment quantity data. In a dynamic system,
this assessment should include not just those materials that are currently sediments,
but also materials such as soils, mine tailings, etc. that can reasonably be expected to
become part of the sediment cycle during the lifetime of a management approach
(Apitz and White 2003). The assessment of such spatial and temporal processes again
requires specific attention to sampling and reference material, as well as a good
estimation of the uncertainties in the assessment of erosion risk and chemical mobili-
zation studies (hydrodynamic data quality as described by Westrich in Heise et al. 2004).

10.1.3 Sediment Ecotoxicological Data Quality

If several substances in a sample are toxic, the total toxicity can be determined only by
a toxicity test. For environmental testing, bioassays provide an integrated picture of
the overall toxicity of a pore water, sediment elutriate, or sediment from a contami-
nated site. Various aquatic organisms, such as vertebrates, invertebrates, protozoa, al-
gae and bacteria are used to test environmental samples. The idea behind these toxic-
ity tests is that the test organisms will react in a predictable way to various types of
environmental contaminants.

In principle, the influencing factors affecting the test results and the uncertainty are
the same as for chemical analyses:

� human factors (operator carrying out the studies must be competent in the field of
work under study and have practical experience related to the work to be able to
make appropriate decisions from the observations made as the study progresses)

� environmental factors (control of oxygen conditions, geochemical composition)
� instrumental and technical factors (equipment within specification, working cor-

rectly, properly calibrated, procedures established for operational control and cali-
bration, traceability of measurement to the criteria for test validity).

In addition, Quality Assurance/Quality Control (QA/QC) requirements for the bio-
logical tests are highly specific, because a calibration using reference material does not
cover all aspects of biological variability (Simpson et al. 2005).

Quality Objectives

Accuracy criteria are not applicable to toxicity testing endpoints, because there are no
standard organism responses against which to compare test results. In place of an ab-
solute measurement of accuracy for toxicity tests, reference toxicant tests are performed
to determine whether organism response is within prescribed acceptability criteria.

10.1  ·  Quality Assurance of Ecotoxicological Sediment Analysis
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QA/QC requirements for sediment toxicity tests generally deal with ensuring that
test conditions remain within control limits during the tests and do not contribute to
observed effects and thereby confound interpretations regarding the toxicity of the
sediments. For sediment toxicity tests, there are control limits for temperature, dis-
solved oxygen, salinity or pH. Monitoring of sulfides and ammonia in the test cham-
bers may be appropriate for sediments where either of these chemicals is suspected as
being a problem, and may be useful for interpreting test results. The sediment toxicity
test protocols also require the testing of control samples as negative controls, positive
controls, and reference sediments (see next paragraph). The criteria for determining
test validity are an essential component of all standardized bioassays and are specific
for each toxicity test species. The test results of control samples have to be compared
to performance standards, which are used to validate acceptability limits, like mortal-
ity in a control sediment. All generated data should be presented in a report or in a
standard operating procedure (SOP).

The SOPs should cover all aspects of the assay from the time the sample is collected
and reaches the laboratory until the results of the bioassay are reported. A description
of experiments concerning the validation conducted to determine variability, limit of
quantification, and the quality controls should be documented for data audit and in-
spection; the traceability is a requirement for good analytical practice. Any deviations
from SOPs should be documented with justifications for deviations.

Quality Control Procedures

Laboratory quality control procedures for sediment bioassays are listed in Ecology
(2003). Here we will give a brief overview how control procedures ensure the quality of
ecotoxicological tests.

Control and Reference Sediments

All solid phase tests measure toxicity relative to a negative control or reference sedi-
ment (ASTM 2003). For bulk sediment tests a negative control will be a control sedi-
ment that is essentially free of contaminants. Such a negative control provides evi-
dence of test organism health, which is in most acute tests defined as mortality lower
than 10% and for chronic tests a survival of more than 80% is sufficient. Control sedi-
ments can be provided from field collected sediments or from artificial or formulated
sediments. The physicochemical properties such as grain size, TOC and background
levels of contaminants should be determined. However, these properties could be dif-
ferent to those of the area studied.

Although sediment test organisms should tolerate a wide range of physicochemical
sediment conditions, the contribution of those confounding factors may be assessed
using a reference sediment as parallel test only. Reference sediments are ideally col-
lected from sites near the contaminated site, representing the same sediment condi-
tions exclusive of contaminants. The impact of the reference sediment has to be deter-
mined, inclusive the site-specific variability. Whereas the control sediment provides a
reference point for interpreting effects from the test, the reference sediment can help
estimate the relative contributions of natural and anthropogenic stress.
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Positive Controls

A positive control uses a reference toxicant that affects the test organism in a reproduc-
ible manner. Reference toxicants provide a general measure of the precision of a toxic-
ity test method over time. Acceptability limits are in general a ±2standard deviation of
the EC50. The criteria for determining the sensitivity of the test organisms is an impor-
tant component of good quality assurance.

Reference toxicants recommended by Environment Canada (1995) are copper and
fluoranthene. Both chemicals are reference toxicants used to be preferentially in spiked
control sediments for chronic whole-sediment tests. If the aim of the positive control
is to measure the sensitivity of the test organisms in acute tests water only exposures
may be used.

Data Management Procedures

The project proponent is responsible for the quality assurance review of data generated
in any sediment investigation. There are two levels of quality assurance review appli-
cable for sediment data. On the first level a review of bioassay data covers field and
reporting elements and evaluates the acceptability of test results for positive controls,
negative controls, reference sediment, replicates, and experimental conditions (tem-
perature, salinity, pH, dissolved oxygen). Detailed guidance on review procedures is
available from Ecology (2003).

The second level represents a more vigorous level of quality assurance review, and
is appropriate for sediment data that are to be used for the development of numerical
chemical criteria or the derivation of effect classes (Ahlf and Heise 2005). Such a re-
view is also recommended in cases where the data may be used in litigation. We expect
a more complex environmental scene investigation in future due to the fact that point
sources are less important in comparison to diffuse ones and all lines of evidence have
to be used to characterize the environmental impact (Wenning et al. 2004).

Uncertainty of Laboratory Toxicity Tests

Uncertainties of laboratory toxicity tests have been regarded as to fall into two catego-
ries: (1) uncertainties related to the phase tested, and (2) uncertainties related to the
selection of endpoints measured in toxicity tests (Ingersoll et al. 1997). While those
parameters that need to be controlled and monitored before and during a test have
been mentioned above, this subsection will address intrinsic properties of tests which
can not easily be overcome but have to be known and evaluated in order to interpret
the results well.

Test Immanent Uncertainties Related to the Tested Phase

Toxicity investigations can comprise (from Ingersoll et al. 1997):

a whole sediment tests that are carried out incubating test organisms in direct contact
with sediment and which should reflect the effects of in-place pollutants

10.1  ·  Quality Assurance of Ecotoxicological Sediment Analysis
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b pore water test systems, assuming that the concentration in the pore water is in equi-
librium with the sediment and the main exposure pathway is through contact with
the pore water

c toxicity tests with organic extracts, simulating a worst case scenario in which even
strongly bound contaminants may become available, and

d tests with elutriate samples and/or suspended solids to simulate resuspension events

For evaluation of toxicity data, information on a number of aspects is needed, that
are influenced by the matrix. Among these are precision of the test system, standard-
ization, sensitivity, and interference of the sediment matrix.

Results from round robin tests and inspection of variability of positive controls over
time indicated that laboratory precision (i.e. precision not related to sampling collec-
tion, handling and storage) seemed to be high for whole sediment tests and in the same
range as elutriate, organic extracts and porewater tests. Intra- and interlaboratory
variability were low (Mearns et al. 1986; Ahlf and Heise 2005; Burton et al. 1996). Only
tests on suspended matter showed high uncertainty due to the low standardization of
this testing method (ASTM 1995).

Sensitivity of biotests in terms of un/certainty considerations refers to the potential
of a test system to indicate or to predict correctly the effects of contaminants in the
sediment, therewith minimizing false positive (non-toxic sample incorrectly classified
as toxic) and false-negative (toxic sample incorrectly classified as non-toxic) results.
Ingersoll et al. pointed out, that whole sediment tests with benthic organisms and acute
measurement endpoints showed a high degree of certainty in this respect (Ingersoll
et al. 1997). This has also been shown by Rönnpagel et al. (1998) for a bacteria contact
test which correlated well with the autochthonous microbial activity in experiments
with spiked sediments.

Interference of sediment compounds with measurement endpoints has been de-
scribed for organic extracts in the luminescence bacteria test (Greene et al. 1992) when
extracted pigments interfere with the luminescence, for the Algae Growth Inhibition in
cases of shading effects of elutriated compounds, and for bacterial contact tests, where
sediment properties reduced the measurable endpoint due to adsorption of organisms
(solid phase microtox – Ringwood et al. 1997; Benton et al. 1995) or of the indicator
substance (bacterial contact assay (Heise and Ahlf 2005)).

Uncertainties Related to the Selection of Endpoints

Measurement endpoints in toxicity tests are for example survival, growth, behavior,
development, reproduction, metabolic activity, or biomarkers. Precision, ecological rel-
evance, and sensitivity towards contaminants are among those parameters that affect the
degree of certainty for the different endpoints (for more details see Ingersoll et al. 1997).
Precision of these endpoints can be evaluated based on the replicability of responses.

Ecological relevance may influence how much weight is given to certain responses
in decision making. Those endpoints with a linkage to ecological resources are consid-
ered to be of higher relevance. A comparison of responses from a contact assay with
nitrifying bacteria with autochthonous nitrifying activity e.g., showed a highly corre-
lated response in experiments with spiked material (Frühling 2003).
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Sensitivity of toxicity tests is not only species and contaminant-specific, it also var-
ies depending on the measurement endpoint. Nevertheless assessing the sensitivity of
a biotest is crucial for the evaluation of responses and their translation into manage-
ment decisions. If a biotest is little sensitive, only the strongest effects would be deter-
mined. Use of a highly sensitive test system, on the other side, may be overprotective.
Information on the responsiveness of a test system is hence of high importance for the
interpretation of biotest responses and the degree of confidence that would be involved
in resulting management decisions.

Reduction and Assessment of Uncertainty in the Interpretation of Ecotoxicological Data

One approach to increase certainty of data has been suggested e.g., by Suter (1983):
The use of several lines of evidence in order to make a best-judgment weight of evi-
dence decision. In this context, the application of different biotests with different end-
points, exposure routes, and sensitivities towards contaminants could be regarded as
different lines of evidence. If such a biotest battery, however, comprises e.g., sediment
contact tests as well as elutriate tests, additional information could be drawn from the
results on whether potential risks of contaminants are sediment focused or could also
effect organisms in the water column upon resuspension.

Among the possibilities to interpret results from a biotest battery, there is an evalu-
ation according to the maximal value after simple addition of biotest data. (e.g., inhi-
bition values), statistical evaluation e.g., by Hasse Diagram Technique (Hollert et al.
2002) or by expert judgment on e.g., the basis of pattern analysis and its translation
into rule-based expert systems (Ahlf and Heise 2005).

Following the concept of traceability, however, the next lower level of uncertainty
which needs to be considered is the precision and sensitivity of different endpoints.
Figure 10.2 depicts the results of two endpoints – inhibition of growth and egg produc-
tion – in the nematode sediment contact test with Caenorhabditis elegans. Data were
gained from the toxicity testing of 114 sediment samples from different rivers (Rhine
and Elbe, among others), measuring both endpoints for every sample. Even though
exposed to the same samples, the distribution of responses for the two endpoints are
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Fig. 10.2.
Box-Whiskers plots of two
measurement endpoints of the
nematode test – inhibition of
growth and egg production –
determined for the same envi-
ronmental sediment samples
(n = 114)
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shown to be very different, even though both are statistically closely correlated (Ahlf
and Heise 2005). Considering these two endpoints, an inhibition in growth of e.g., 36%
correlates well with an inhibition in egg production of about 70% and should therefore
also lead to the same conclusion. If 36% inhibition (growth) were to be assessed as
medium toxic, 70% (Egg production) should be as well because this endpoint seems to
be more sensitive than growth inhibition.

In order to assess the extent of toxicity, which is indicated by a certain endpoint
response, a characterization of the measurement endpoint in terms of sensitivity should
be carried out.

Another parameter mentioned above, is the precision of biotest data depending on
a variety of factors. These factors comprise the heterogeneity of the matrix, the prepa-
ration procedure, but also the number of organisms in the test system and the robust-
ness of the bioassay. Precision can be estimated by reproducibility of e.g., positive
controls or replicability of environmental samples.

Table 10.2 shows an attempt to estimate the test-immanent variability on the basis
of standard deviation of positive controls, standard deviation of replicates, character-
istics of the matrix and of the test organisms, and assessment of accuracy of 5 ecotoxi-
cological assays of a biotest battery. The resulting degree of uncertainty needs to be
taken into account any time, that biotest data are interpreted. If, for example, an inhibition
of 20% is considered to mark the transition from “no effect” to “significant effect”, a 15%
inhibition can actually indicate already a significant response whereby 30% could also
mean that no effect is apparent – as the uncertainty of data in this test is 15%.

A possibility to integrate this uncertainty into a decision framework is presented by
fuzzy mathematics which defines overlapping areas between two sets in which more
than one information can be valid (Babut et al. 2007, Heise et al. 2000; Hollert et al.
2002). Figure 10.3 demonstrates the interpretation of “no toxicity”, “moderate toxicity”
and “high toxicity” gained from 2 theoretical test systems A and B, whereby A has a low
degree of uncertainty, the overlaps are small, and B has a high degree of uncertainty,
with many inhibition values belonging to two result classses.
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By using such mathematical models, the confidence in the interpretation of ecotoxi-
cological data and finally the reliability of management decisions can be greatly enhanced.
This may prove a valid possibility to include ecotoxicological data into environmental
assessment – not despite their uncertainties but estimating and addressing them.
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10.2 Evaluation of Sediment Toxicity in the Elbe River Basin

10.2.1 Introduction

Current sediment quality guidelines (SQGs) use chemical concentration criteria to evalu-
ate sediment quality (Fig. 10.4). Different approaches for SQGs are linked to sediment
toxicity by comparing concentrations in the environmental sample to effect levels that
derive from tests with spiked water or sediments (Wenning and Ingersoll 2002; Giesy
and Hoke 1990). In the field, however, mixtures of different contaminants cause effects
that are difficult to estimate from the known toxicities of single substances and may
deviate from ideal additive behavior, exhibiting synergistic or antagonistic effects, de-
pending on their modes of action (Altenburger et al. 1996; Altenburger et al. 2004). Espe-
cially the large amount of organic compounds and their often low single compound con-
centration in natural sediments makes it difficult to relate toxicity to single substances. In
addition biometabolization and biodegradation as well as abiotic degradation of organic
compounds occur. Metabolites as well as their effects are mostly unknown. Potentials for
chemical analyses are often limited and information on their effects insufficient.

Furthermore, bioavailability of substances, especially when adsorbed to sediment,
is influenced by a variety of factors and difficult to conclude from chemical data.
Characteristics of sediments and contaminants as well as the biodiversity in sediment
all play a role in bioavailability (Ehlers and Luthy 2003) and can be altered with time.
The time dependent increase of bonding strength of contaminants to particle surfaces,
resulting in their decreased availability to organisms has been described as aging pro-
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cess (Hatzinger and Alexander 1995; Reid et al. 2004). On the other side, it has been
shown that chemically not extractable substances from sediments have been available
to organisms, consequently causing effects (Scheifler et al. 2003).

In conclusion, the information of chemical SQGs on a potential impact on the pro-
tection aim “to prevent the impairments in living environment” has to be regarded
with care, considering potential synergistic or antagonistic effects of chemicals, effec-
tivity of their metabolites and bioavailability of compounds in different matrices (see
also Heise and Ahlf 2002).

As the impact of mixture toxicity in sediments can only insufficiently be described
by chemical analysis, to measure direct effects of environmental samples on organisms
gives additional information. This ecotoxicological testing uses bioassays as tools to
indicate bioavailability and the adverse effect of environmental samples by exposing
them directly to test organisms. It interlinks between measured chemical concentra-
tion and ecological impairments observed, and points to a hazard which could be present
in the ecosystem depending on exposure.

Biotesting, however, can only be done with a limited number of species, tested un-
der controlled laboratory conditions, thus limiting their ecological relevance.

In an integrative approach to describe the sediment quality that has become known
as the “sediment quality triad” (Chapman 1990), the limitations of the single methods
are overcome by using chemical, ecotoxicological and in situ ecological data as differ-
ent “lines of evidence”, hence integrating both physical-chemical and biological pro-
cesses. In such a “Weight of evidence”-concept, the more lines of evidence support the
conclusion, the stronger the weight of evidence. It could mean a quantitative, semi
quantitative, or qualitative estimate of the degree to which the evidence supports or
undermines the conclusion (Burton et al. 2002).

This study presents ecotoxicological data as one line of evidence in order to indicate
the ecological risk and transport of hazardous substances during/after flood events
downstream. Recently it was shown that sediment dynamics may serve as additional
line of evidence (Chapman and Hollert 2006). Sediment dynamics and re-mobiliza-
tion of highly contaminated sediments influence both sediment toxicity of fresh water
and marine systems (Förstner 2004; Leipe et al. 2005). Regarding to that it was of great

Fig. 10.4.
Conceptual model of the
sediment quality triad based
on Chapman et al. 1992



393

importance for this work to screen hotspots and monitor trends over time. Two main
questions built the basis for this work. The first was to look for sources of highly con-
taminated material upstream in the Elbe River which might be transported downstream
during flood events. For that reason sediment samples were taken along the Elbe River
from spring to river mouth (Fig. 10.5).

The second was to find changes in toxicity without strong flood events to determine
if contaminated material was transported downstream under normal conditions. For
that concern sediment and water samples were taken monthly at a groyne field of Elbe
River in Oortkaten near the city of Hamburg. Water samples were taken to answer the
question how contaminants would be transported: dissolved or attached to suspended
particles. All samples were analyzed with a set of four bioassays (Ahlf et al. 2002). It is
hypothesized that is it not sufficient to look only on the transfer of contaminants to the
water phase to determine the hazard potential. To have a closer look on the bioavailability
of particle bound contaminants two bioassays testing elutriates of sediments and water
phases were combined with two bioassays testing the sediment in direct contact to the
organisms. Freshly deposited particles can have different effects compared to historically
contaminated sediments due to aging effects even if they show similar contents of toxic
compounds. Hence, it seemed important to differentiate between freshly deposited
sediments and consolidated sediments. Samples from two depths were taken accord-
ingly. The collected data will provide a spatial as well as a seasonal survey of toxicity
and quality occurring in the Elbe River. The toxic impact on the test organisms should
describe the different exposure conditions in the sediments and be considered as a
characteristic of the sediment. Sediment as well as water phase samples will be rated
in a refined system of effect classes where emphasis will be laid on the transport.

Fig. 10.5. Elbe River basin (sampling sites are marked with stars)

10.2  ·  Evaluation of Sediment Toxicity in the Elbe River Basin
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10.2.2 Sampling and Methods

Samples were taken in Prelouc (Czech Republic), Schöneberg, Barby, Saale, Rosslau,
Muldestein, in Hamburg Harbor and Oortkaten (Germany) along the Elbe River.
Samples from Oortkaten were taken from December 2004 to September 2005. Sedi-
ment cores (diameter 10 cm) from all sampling sites were spliced into layers and a
upper layer sample was taken from a depth of 0–5 cm; a lower layer from 15 to 20 cm.
Water phase samples were taken from the surface. To determine toxicity a test battery
of four bioassays was used comprising two sediment contact assays and two elutriate
assays (see Table 10.3). A dilution series of elutriates and water phase samples was per-
formed for algal growth inhibition test (AGI) (DIN 38412-33) and luminescence bacteria
assay (LBT) (DIN EN ISO 11348-2). LBT was performed with elutriates (LBT EL) and
methanol extracts (LBT EX). Elutriates were prepared with sediment and VE water in a
ratio of 1:4 shaken over head over night for 24 hours. For bacteria contact assay (BCA)(DIN
38412-48) and nematode test (NT) the samples were tested undiluted (Traunspurger et al.
1997). BCA was carried out in a modified way according to (Rönnpagel et al. 1998).

For the tests the endpoints as percentage of inhibition compared to a control that
consists of medium and de-ionized water was determined, the latter replacing the
elutriate component. In BCA quartz sand is used to replace the natural sediment sample
and for the NT an artificial sediment works as control.

10.2.3 Results

Spatial Distribution of Sediment Toxicity in the Elbe River

The inhibition of algal growth was higher in elutriates of the upper layer than of the
lower layer of the sediments among all investigated sites. The inhibition of biolumi-
nescence was in most of the samples weak (~10%). Only samples from Muldestein had
a higher toxic impact on the bioluminescence (40–50%). Both contact assays showed
for most of the samples higher toxicity in the upper layer sediments than in the lower
layer sediments. To give an example of the ecotoxicological profile of one sample, re-
sults from sampling in March in Oortkaten near Hamburg are shown (Fig. 10.6).
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Temporal Changes of Sediment Toxicity at Sampling Site Oortkaten

In Oortkaten the water phases and elutriates of the upper layer inhibited the algal growth
rate much stronger than the elutriates of the lower layer. In contrast the activity of the
luminescent bacteria were strongly inhibited by lower layer elutriates but upper layer
elutriates and water phases had low impact. The described pattern noticed in the two
elutriate assays was observed for all samples during the sampling period. The similar
toxicity in the water phase and in the elutriate prepared from the upper layer sediment
indicated a high exchange between these two phases in opposite to a strong difference
between the two sediment layers. Both sediment contact assays showed a common pat-
tern; sediment toxicity is slightly increasing with the depth. For the nematode test,
growth (first column), fertility (second column) and reproduction (third column) were
determined. The water phase showed only minor toxic effect on the nematodes and the
bacteria. Principle component analysis showed that for a defined area the quality can
be well described conducting not all biotests (Ahlf et al. 2002).

From Toxicity Data to Classification of Effects

The classification used was based on (Ahlf and Heise 2005) where response patterns
are used to define different classes. Interpretation and scaling of classes (e.g., class 1:
low toxicity, class 3: high toxicity) can explain the level of toxicity as well as the effect

Fig. 10.6. Results of the bioassays for samples from Oortkaten (March 2005) (columns from left to right:
Test with luminescence bacteria: G1, G2, G4, G8; algal growth inhibition test: G1, G2, G4, G8, G16; bacte-
rial contact test: only G1; nematode test: growth, fertility, reproduction)

10.2  ·  Evaluation of Sediment Toxicity in the Elbe River Basin



396 Chapter 10  ·  Sediment Toxicity Data

pathways like being bound to particles or dissolved in the water phase. Interpretation
of single biotest data took into account the following observations: test organisms have
different sensitivities among the mixture of substances in the environmental samples.
Via the different exposure routes; the test organisms show a different range of responses
towards the same samples. Figure 10.7 shows the data distribution in Box-Wisker plot.
The different response ranges show the necessity to interpret the data from the differ-
ent biotests specifically; taking into account their characteristics (Ahlf 2005).

Due to the heterogeneity of the matrix (sediment) and the genetic variability of test
organisms, the results of the bioassays also have different variabilities. To avoid the
inflexibility of the rigid numerical separation of the toxicity categories, the variation
and standard deviation of each bioassay were considered to create transient zones
between the toxicity categories. Important is the gradient between the categories which
is dependent on the deviation of the test results. Instead of belonging to one class or
not, fuzzy logic describes the degree of membership of data to a class. The responses
of the ecotoxicological bioassays are divided into three fuzzy sets indicating low tox-
icity (up to 25th percentile), moderate toxicity (25th to 75th percentile), and high toxic-
ity (higher than 75th percentile). With cluster analysis and K-means analysis the group-
ing behavior of all samples’ test responses were considered to determine the number
of classes describing total toxicity. Three classes were selected to communicate the risk
according to the characteristics and transport abilities of the pollutants in the sedi-
ments. The first class was described as having no negative effect on the test organisms.
The second class indicated contaminations with mostly particle bound compounds and
the third class contained samples contaminated with water soluble compounds. Contami-
nants in samples from the latter class will easily be transported with the water phase.
Contaminants from samples of the second class will only be transported in the particle
bound form when particles are eroded from the sediment and transported as suspended
matter. From this categorization following three descriptive classes had been created:

� class 1 is referring to no or low toxicity
� class 2 is referring to particle bound toxicity, and
� class 3 is referring to water soluble toxicity

Fig. 10.7.
Box-Wiskers plot of bioassays
response distribution from
spatial sampling in Elbe River:
x-axis describes different bio-
assays (AGI: results from algal
test; LBT EL/EX: luminescence
bacteria; BCA: bacteria contact
assay; NT F/G/R: nematode
test). The inhibition in % is
shown on the y-axis
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Most sediment samples along the river were classified as class 3 indicating water
soluble contaminants. Only samples from Rosslau fit in class 2 according to particle
bound contaminations. The lower layer of the Muldestein sample taken in the Elbe
tributary Mulde showed no toxicity (Table 10.4).

The classification approach was also applied to the samples taken during one
year at Oortkaten. Table 10.5 shows the classes compared to the pH value of the
water phase. In winter and beginning of spring the toxicity pattern remained
stable. Most of the lower layer samples were classified in class two according to
particle bound toxicity, whereas upper layer and water phase were grouped in
class three which indicated more water soluble contaminants. From late spring on,
changes in this pattern were observed. The toxicity in the water phase decreased
in May (class 1) and now both sediment layers showed particle bound toxicity
(class 2) which indicated an increased exchange/transport of material.  This
ecotoxicological pattern was compared to abiotic factors like discharge of the river,
redox potential and pH value. A high discharge (>2 000 m3 s–1) in the end of
March/begin of April (Data Arge Elbe) which was accompanied by an increase of
the pH-value in the water phase was observed. The increase of the pH-value indicated
the first algae bloom in Elbe River.

10.2.4 Discussion

Sediment quality is strongly connected with sediment transport and sediment-water
interaction. Water being the fastest transportation system in the river is able to carry
soluble contaminants as well as particle bound contaminants attached to suspended
particles. With higher discharges more suspended particles are transported in the
Elbe River. In years of lower discharges 144 kt of suspended material is transported.
During years of higher discharges this amount is almost doubled (Heise et al. 2005).

10.2  ·  Evaluation of Sediment Toxicity in the Elbe River Basin
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During average annual flood events both the quantity of river water and the quantity
of suspended particles increase and contaminants are transported downstream to a
larger extent. The connection between transport and toxicity in Elbe River was inves-
tigated for this work. A new classification system was created on the basis of the man-
agement tool for contaminated sediments and dredged material from Ahlf and Heise
(2005). This approach could particularly differentiate between the transport of
toxicity either via water phase or via suspended sediments. It was applied to classify
the samples along Elbe River to find sources of different contaminated material. For
Rosslau the toxicity of both sediment layers (class 2) were considered only to be
transported via suspended material during higher discharges. Toxicity of all other
samples fitting in class 3 would easily be transported even with the water phase dur-
ing lower discharge.

The classification system was also applied to the samples taken in Oortkaten. Sea-
sonal changes especially in spring/early summer could be detected with the approach
mostly for the water phase and the upper layer sediment. One possible reason for
this change may be the resuspension and transportation of sediments along the river
caused by the high discharge (>2 000 m3 s–1) in April. Contaminated material may be
transported further downstream, changing the classification of the sediment samples
taken in May from class three to class two. This would also explain the low toxicity of
the water sample taken in May. Before May similar toxicity pattern in water phase
and upper layer sediments could be detected. It is hypothesized that with the high
discharge water soluble contaminants were washed out of the sediment and were
more diluted in the water phase. Table 10.6 shows the discharge of the Elbe River in
2005 compared to the classification. Although there was an increase in discharge
already in end of February/begin of March, changes in toxicity pattern were not
detected before May. It is possible that the first discharge peak in March transported
only superficial sediment layers downstream. The second discharge peak in April
eroded lower layer sediments with a larger amount of contaminants. This phe-
nomena was already described for the Rhine by (Heise et al. 2004). It is also likely
that the changes in toxicity after the second peak of discharge were due to changing
input ratios of Elbe tributaries with different historical contaminations (Barborowski
et al.  2006).

A third possible explanation for the changes in the toxicity classes may be the first
algae bloom which was indicated by an increase of the pH value in the water phase
from 6.8 in March to 9.4 in April (Table 10.5). The beginning of an algal bloom is
dependent on water temperature and light regime. It is assumed that the algae were
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working as a filter for the water phase. Especially organic compounds would be accu-
mulated by the algae and eventually accumulate on top of the sediment, when the algae
material settles on top of the sediment at the end of the bloom.

10.2.5 Conclusion

The classification system proved to be valuable for monitoring local seasonal changes.
It was possible to detect spatial distribution of different qualities along the Elbe River
as well as temporal quality trends. The accumulation of particle bound toxicity be-
tween the upper and lower sediment layer could be demonstrated, but also high dy-
namic exchanges between the upper layer and the water phase. As depicted in Fig. 10.6,
different results from elutriate assays and sediment contact tests are obvious. Data
showed, that it is not enough to describe sediment quality with elutriate assays only;
a test battery combining elutriate assay and contact assays is recommended.
The bioavailability of toxic compounds is highly coupled with its chemical character-
istics, and so is the transport. It is assumed that for water soluble contaminants,
best described by elutriate assays, there is an equilibrium between water phase and
the upper sediment layer. So the quality of the water is a factor of great importance
for the transport of sediment toxicity during normal discharge. During higher dis-
charge the depth of the mobilized sediment layers is important. To prove this hypoth-
esis resuspension experiments should follow. Re-suspending both sediment layers with
different sheer stresses over time and analyzing the samples with elutriate assays as
well as sediment contact assays will give the information about the transport of sedi-
ment toxicity. It is expected that only weak changes in toxicity pattern between water
phase and upper layer sediment will occur. By resuspending the lower layer sediment
it is assumed to find stronger changes in sediment and water toxicity over time. The
modified classification system worked well to detect changes in spatial and temporal
sediment quality. It was suitable to distinguish differences in toxicity caused by the
intense sedimentation resuspension cycles occurring in natural sediments of the Elbe
River over time.
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10.3 Influence of Hydrodynamics on Sediment Ecotoxicity

10.3.1 Role of Sediments in Freshwater Quality

There is general agreement that sediment-bound substances are of major importance
for the fate and effects of trace contaminants as well as water quality in aquatic systems.
Sediments can act as sinks for various pollutants but could also become a contamina-
tion source under certain circumstances such as dredging or flood events (Ahlf et al.
2002a,b; Förstner and Müller 1974; Hollert et al. 2000a, 2003a). Contaminated sediments
are known to cause various adverse effects on organisms even when contaminant levels in
the overlying water are low (Chapman 1989). Thus, monitoring and assessment of sedi-
ment quality is of prime significance for national legislation in general and for the imple-
mentation of the European Water Framework Directive in particular (SedNet 2004).

Especially through the activities of SETAC North America (Wenning et al. 2005;
Wenning and Ingersoll 2002) and the European SedNet network (Salomons and Brils
2004; SedNet 2004) sediment related issues were given increasing attention in both
science and the public. While water quality has notably improved over the past three
decades, the sediments in many European river basins still retain the toxic heritage
from the past era of uncontrolled industrial production, and which will continue to
influence the quality of waters significantly for many years to come (Salomons and
Brils 2004; SedNet 2004).

Since the 1970s several chemical analytical studies revealed elevated concentrations
of dominant environmental contaminants such as heavy metals and organic pollutants
in marine and riverine sediments using chemical analyses (Foerstner et al. 2004;
Förstner and Müller 1974; Giger et al. 1974; Haag et al. 2001; Stoffers et al. 1977). These
hazardous contaminants are often accumulated in deeper layers covered by relatively
unpolluted sediments, and thus are sequestered from the bioavailable oxic sediment
surface zone (Haag et al. 2001; Ziegler 2002). However, these chemicals are mostly
persistent in the natural environment, and can enter the oxic water column after an
erosion events such as bioturbation (Chapman et al. 1992), flood events (Hollert et al.
2000a, 2003b) or dredging and relocation of sediments (Koethe 2003). Consequently,
toxicants can become bioavailable (Calmano et al. 1993; Simpson et al. 1998; Ziegler
2002) and may result in detrimental effects on aquatic organisms at various trophic
levels. Furthermore, downstream transport and deposition of contaminated particles
in inundated areas may also result in negative effects on biota in these regions (Japenga
and Salomons 1993).

With a delay of more than one decade to the first geochemical studies, the assess-
ment of biological consequences of particle-bound pollutants has become a major topic
in international water research (Burton 1991; Giesy and Hoke 1989; Power and Chap-
man 1992). To date, most studies focused on the development of suitable bioanalytical
methods and the assessment of their potential to investigate sediment-bound contami-
nants. However, the role of sediment remobilization and possible ecotoxicological ef-
fects of contaminants bound to suspended material has been scarcely investigated.

10.3  ·  Influence of Hydrodynamics on Sediment Ecotoxicity
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10.3.2 Factors Affecting Mobilization of Sediments and (Bio)Availability
of Contaminants

In many river systems, hazardous contaminants are predominantly transported in as-
sociation with suspended particulate matter. The suspended particles and the sedi-
ment-bound pollutants accumulate in regions of low turbulence, such as groyne fields,
harbours, and river reservoirs forming sites with high levels of contamination.

An important issue related to the role of sediments in water quality is their potential
to be subject to remobilization, transport and redistribution during certain environ-
mental events such as floods. Although these processes increase accessibility and
bioavailability of contaminants, the conditions under which these processes occur, their
amplitude and possible role in contaminant accessibility and effects are still poorly
understood. The complexity of cohesive sediments, which are biologically active and
chemically reactive, precludes the definition of a general analytical theory for their
resuspension behavior. Moreover, the sediment properties of cohesive sediments vary
on a number of spatial, temporal and vertical scales (Gerbersdorf et al. 2005, 2007) and
empirically based field and laboratory experiments are needed to elucidate the mecha-
nisms which govern the erosion resistance of cohesive sediments. As well, interdisci-
plinary studies are needed, to obtain better and realistic conceptual understanding of
natural sediments and their inherent physical and biological complexity (Black et al.
2002). However, either physico-chemical or biological sediment properties have been
in the focus of research on their impact on sediment stability, and only recently, the
first comprehensive investigative approach to derive master-variables affecting sedi-
ment stability was published (Gerbersdorf et al. 2005, 2007).

Over the past decades numerous studies have been focused on primarily isolated
aspects of sediment pollution issues. Recently the fate of particle-bound pollutants
and hydrodynamic transport processes has been addressed increasingly in interdis-
ciplinary joint projects. These studies documented that particle-bound priority pol-
lutants (e.g. , EPA-PAHs) are major contributors to both the overall contamination
and transport of lipophilic pollutants in rivers. Work that significantly contributed to
these findings were, among others, the DFG-Research Group 371 or the interdiscipli-
nary BMBF-funded joint project, SEDYMO (Förstner et al. 2004; Förstner and Westrich
2005). However, the questions regarding physico-chemical surface properties of sus-
pended particles, chemical mobilization and biological degradation of pollutants as
well as regarding the related bioavailability of contaminants and their toxicity have
not been satisfactorily addressed to date. Especially the important link between the
erosion potential and hazard potential of sediments/distinctive sediment horizons
originating from contaminated riverine sites, need to be addressed in future studies
if a realistic risk assessment is to be derived.

The fate of the contaminants associated with sediments is strongly influenced by
the amount and type of the sedimentary organic matter, which reflects the environ-
mental evolution in the drainage area and fluviative or lake depositional systems
(Martínek et al. 2006; Stout et al. 2002). The geochemical parameters of organic matter
are controlled by the interplay of biomass productivity, weathering during transport,
and microbial reworking during and shortly after deposition (Peters et al. 2005). Valu-
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able monitoring data have been collected on the contaminants in sediments. However,
only limited data exist on the associated organic matter and the role of different organic
matrices for the fate of pollutants is insufficiently documented and not well understood
(Stout et al. 2004). Fresh sedimentary particles behave in a different way when compared
to the re-deposited older sediments, even if the content of pollutants is similar. It is, there-
fore, highly desirable to integrate the role of natural organic matter of different bio-
logical origin, mainly terrestrial plants, woody material, bacteria and algae (Gonzáles-
Vila et al. 2003; Meyers 2003) into the ecotoxicological assessment of complex sedi-
mentary systems of rivers and their relevance for potential contaminant bioavailability.

The extracellular polymeric substances (EPS) excreted by microorganisms such as
microalgae or bacteria, can be a significant part of the total organic pool. These poly-
meric substances have received more and more attention over the last years due to
their role in biostabilization of sediments (e.g., De Brouwer et al. 2000; Paterson et al.
2000). Only recently, the importance of EPS for the erosion resistance could be shown
for several contaminated freshwater sites (Gerbersdorf et al. 2005, 2007). Concerning
the fate of the contaminants, these polymeric substances may influence the nature of
the eroded material, but this work is at an early stage (Perkins et al. 2004). The poly-
meric substances may alter the adsorption/degradation of contaminants to/within the
eroded material, but may change as well their lateral transport through altering floc
characteristics such as floc size and floc strength (Droppo 2004). Thus, the binding
capacity of the polymeric substances, as well as their influence on the nature of the
erodable material should be addressed in order to contribute to the questions on the
bioavailability and re-deposition of contaminants.

10.3.3 Ecotoxicological Methods to Assess Sediment Contamination

As discussed in the previous paragraphs, decreased stability of cohesive sediments and
their mobilization leads to increased bioavailability of hazardous contaminants. Sedi-
ment mobilization is affected by numerous physico-chemical, geochemical and bio-
logical parameters that are poorly understood and that have been scarcely investigated
by complex interdisciplinary research projects. In spite of intensive research and de-
velopment of numerous model testing systems, still is little known about possible
ecotoxicological consequences of mobilized sediment contaminants. To evaluate ad-
verse effects on ecosystems, neither biotests nor chemical-analytic techniques alone
are sufficient. In contrast, a combination of biotests and chemical methods allows com-
prehensive insights into the hazard caused by sediment contamination.

To monitor the sediment quality, ecotoxicological bioassays are first applied to screen
if contamination had significant effects on biological functions of the model organ-
isms/systems. A broad spectrum of test batteries of standardized bioassays has been
used to assess the possible hazardous effect of particulate matter and elutriate. The
bioassays included in vivo tests at different levels of the aquatic food chain and in vitro
tests. Various microbiological toxicity tests have been developed and validated for use
in sediment risk assessment during the past 20 years (Ahlf et al. 1989; van Beelen 2003).
It was shown that contamination correlates with the shift in microorganism communities
towards toxicant-resistant species and that persistent toxic effects on the microflora
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caused for example by zinc, cadmium and copper often occur at concentrations lower
than European Community limits (van Beelen 2003). Other assays for ecotoxicological
studies include the algae growth inhibition assay, the bacterial bioluminescence bioas-
say, and the Daphnia assay (den Besten et al. 2003; Koethe 2003). Since fish are repre-
senting vertebrates, and can be linked via bioaccumulation to humans, large efforts
have been undertaken to develop fish-based test systems for the assessment of sedi-
ment bound substances (Chen and White 2004; Davoren et al. 2005; Hilscherova et al.
2000; Hollert et al. 2000a, 2005; Kammann et al. 2005a; Kosmehl et al. 2004; USEPA
2002). In addition to in vivo sediment exposure tests with fish, a number of sub-
organismal assays are in use such as cell-based in vitro systems (Davoren et al. 2005;
Hollert et al. 2000a; Kosmehl et al. 2004; Segner 1998) and the fish egg assay with Danio
rerio (Hallare et al. 2005; Hollert et al. 2003b).

While acute toxicity was of major concern in the last decades, recently for many
river basins a change in focus to more subtle specific chronic non-lethal effects oc-
curred (Brack et al. 2005a). While these effects are difficult to assess using in vivo tests,
they can be relatively easily determined by in vitro techniques that allow to predict
toxic potentials of complex environmental mixtures (Janošek et al. 2006). The in vitro
bioassay approach serves as efficient, fast and cost effective screening for evaluation of
the receptor-mediated activities of the complex mixtures (Hilscherova et al. 2002). We
have successfully used this approach to prioritize contaminated sediment sites
(Hilscherova et al. 2003; Hollert et al. 2002a) and to study novel endocrine disruptive
effects observed in situ (Blaha et al. 2006). A further advantage of a bioassay approach
is, that the combination of different bioanalytical methods allows to investigate mul-
tiple endpoints such as genotoxic or mutagenic (Chen and White 2004; Kosmehl et al.
2006), dioxin-like (Hilscherova et al. 2002; Hilscherova et al. 2001; Hilscherova et al.
2000), or various endocrine effects (Ankley et al. 1998; Sumpter and Johnson 2005) in
parallel in the same sample.

10.3.4 Combined Approaches to Investigate the Influence of Hydrodynamics
on Sediment Ecotoxicity

Recently, in several studies toxicity has been evaluated at various sediment depths (Bur-
ton Jr. et al. 2001; Hollert et al. 2003a; Kosmehl et al. 2004), showing for at least some of
the locations a dramatically increase of chemical contamination and toxicity with the
sediment depth. For several European river basis, including Neckar, Rhine and Elbe,
highly contaminated old sediments can be described as “potential chemical time bombs”
(Cappuyns et al. 2006; Japenga and Salomons 1993). An important process which may
remobilize such sediments and which is still of increasing importance in relationship
to the global climate change is more often occurrence of stronger floods in Europe as
well as in other parts of the world. To understand and predict possible toxicological
and ecotoxicological consequences of contaminants mobilized from sediments by flood
events it is necessary to develop scientific approaches for the assessment of regularly
flooded rivers. The combination of hydrodynamics and ecotoxicological investigations
is devolving to an emerging field of research. Recently, it was shown that hydrody-
namic aspects can be involved as additional line-of-evidence in Weight-of-evidence



405

studies assessing the impact of sediments (Chapman and Hollert 2006). In the last five
years several studies were published (i) addressing the ecotoxicological impact of flood
events (Brack et al. 2002; Grote et al. 2005; Hollert et al. 2000a; Oetken et al. 2005;
Matthaei et al. 2006, Sect. 10.2) or (ii) using combined approaches for evaluating flood
events and the risk of erosion (Babut et al. 2006; Haag et al. 2001; Hollert et al. 2000b,
2003a). In this context, studies on the Elbe flood in 2002 indicated elevated effects in
bioassays (Heise et al. in prep). Moreover, cellular changes could be found in livers
from flounder (Platichthys flesus L.) and digestive glands of blue mussels (Mytilus edulis),
5 month after the flood disaster in the Elbe Estuary and the Wadden Sea (Einsporn
et al. 2005). In comparison to earlier data from long-term studies at the same stations,
a significant impairment in the function of cell organelles (lysosomes), involved in the
detoxification and elimination of pollutants in fish liver, was found. In addition, in a
long time study, EROD activity was measured in livers of dab (Limanda limanda) from
the German Bight (North Sea) from 1995 to 2003 (Kammann et al. 2005b). In autumn
2002, significantly elevated EROD activities were detected, possibly related to effects of
the river Elbe flood event.

These findings support the hypothesis that extreme flood events can affect not only
freshwater ecosystems but also marine systems and have deleterious effects on animal
health. Furthermore, flood events can influence floodplains and wetlands negatively
(Schwartz et al. 2006; Ulrich et al. 2002). Consequently, the risk of extreme flood events
for drinking water supply will be an emerging topic in the future (Maier et al. 2006).

In conclusion, research should consider the potential of sediments to serve as sources
of contamination for the aquatic ecosystem, for drinking water supply but also for the
floodplain soils and other flooded areas. In the following case studies, two examples
for such integrated approaches addressing the risk of erosion are presented briefly.

Case Study River Neckar (Germany)

During the seventies, the river Neckar in Southern Germany ranged among the most
strongly contaminated rivers in Germany with high loads of both organic pollutants
and heavy metals (Förstner and Müller 1974). For instance, cadmium loads were in-
creased by a factor of up to 300, when compared to pre-industrial clay stone sediments.
As a consequence of sewage treatment, the quality of water and sediments improved
significantly, and today the Neckar can be classified among Germany’s moderately con-
taminated rivers, however, with heavily loaded old sediments at some sites (Hollert
et al. 2000a). Hence, earlier studies within the Neckar catchment area or the river Neckar
itself, revealed moderate to strong ecotoxicological effectiveness in several bioassays
for mutagenic, genotoxic, endocrine, teratogenic, and dioxin-like responses as well as
correlations between biological effects and concentrations of organic pollutants (Hollert
et al. 2005, 2002a,b, 2003b).

The objective of the presented study was to develop a combined ecotoxicological and
hydraulic approach by the cooperation between the Universities Stuttgart and Heidelberg
to elucidate the ecotoxicological implications associated with the risk of erosion of con-
taminated sediments (Hollert et al. 2000b, 2003a). This integrated strategy was applied to
the lock-regulated river Neckar in Southern Germany (Haag et al. 2002, 2001, Hollert
et al. 2000b, 2003a; Knauert et al. 2004). For this purpose, sediment cores of the heavily
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contaminated Lauffen reservoir/river Neckar were investigated (A) as well as suspended
particulate matter during a flood event in the river Neckar (B) in order to give the
potential and effective pollution risk under different hydraulic scenarios (Fig. 10.8).

Methods

a Two undisturbed sediment cores (13.5 cm in diameter and 150 cm in length) were
taken from one location in the backwater region of the Lauffen reservoir/river Neckar
in south-west of Germany (in total 7 locations and 16 sediment cores). In both cores,
vertical profiles of bulk densities were measured in 1 cm steps non-intrusively by
using a γ-ray-densitometer. Thus, similar sediment layering within the parallel cores
was ensured as well as subsequent sampling of the appropriate sediment layers (Haag
et al. 2001). If, on the basis of the density profiles, parallel cores were considered to
be similar, one of them served to experimentally determine the critical shear stress
of mass erosion (τc,e) as a function of sediment depth. Erosion experiments were
carried out in a rectangular water flume, the so called SETEG-system (Kern et al.
1999). The second one of the parallel cores was sectioned into layers of almost uni-
formly texture, thus, the core was cut at depths of significant bulk density changes.
From this material, concentrations of heavy metals and PCBs were identified by

Fig. 10.8. Test strategies for examination and evaluation of the remobilization risk of old sediments in
lock-regulated river systems (redrawn from Hollert et al. 2000)
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chemical analyses while the cytotoxicity, dioxin-like activity and mutagenicity were
investigated by bioanalytical methods (Kosmehl et al. 2004; Seiler et al. 2006). By
comparison of the critical shear stress /sediment stability of the investigated sedi-
ment cores with the natural occurring bottom shear stresses, calculated by the 1-D
flow and transport model COSMOS (Kern and Westrich 1997), the possible resus-
pension risk of contaminated sediment layers could be predicted.

b In order to gain insight into the ecological effects of a possible remobilization of
heavily contaminated old sediments, suspended particulate matter (SPM) was col-
lected in SPM traps from two sites of the lock-regulated section of the river Neckar:
downstream the Lauffen reservoir with its high cadmium contaminations and down-
stream the less polluted Heidelberg reservoir (reference site). Parameters investi-
gated are presented in Fig. 10.8.

Results and Discussion

The combined hydraulic and ecotoxicological approach revealed the high risk of ero-
sion down to depth of 70 cm as well as an ecotoxicological hazard potential of the
associated contaminants (Haag et al. 2002; Hollert et al. 2000, 2003).

Clear cut changes in bulk densities, the percentage of particles size d < 20 µm and
137Cs content support the hypothesis of an erosional unconformity (Fig. 10.9).

Fig. 10.9. Non-intrusively measured density profile, d < 20 µm, critical shear stress, cytotoxicity, mu-
tagenicity, heavy metals and PCBs of core LN4K2 from the Lauffen Reservoir on the Neckar River de-
pending on the depth (according to Hollert et al. 2003)
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An erosional unconformity is the result of a flood event, where fine grained sedi-
ments are resuspended and non-cohesive particles are re-deposited (Haag et al. 2000).
In the vertical sediment profiles, layers with coarse particles, low TOC and consequently
increased bulk densities could be detected mostly below 25 cm depth. Often these lay-
ers were also characterized by sudden decreases of τ c,e in the corresponding parallel
core, indicating the predominance of non-cohesive particles (Fig. 10.9). Bioanalytical
and chemical investigations (Fig. 10.9) were showing clear-cut changes of the
ecotoxicological hazard potential below the depth of the erosional unconformity. The
younger sediments within the top 25 cm depth revealed neither strong cytotoxicity nor
mutagenicty. In contrast, for the older sediments below that zone, a strong cytotoxicity,
dioxin-like and mutagenic potential could be determined. PCBs and anthropogenic
influenced heavy metals such as Cd and Pb showed up to 100 times higher concentra-
tions in the sediment layers below the erosional unconformity. Concentrations above
10.8 mg kg–1 of cadmium and 193 mg kg–1 copper, respectively, allowed the classifica-
tion of these sediment layers to the older, highly contaminated sediments (HCS). In
contrast, the upper layers represented low contaminated sediment layers (LCS, Haag
et al. 2001; Hollert et al. 2003a). Since this unconformity happens in a transition zone
between younger, less contaminated and older, heavily contaminated sediment layers,
the last flood must have exposed not only deeper sediment layers but also their con-
tamination load.

The suspended matter of the high discharge (return periods of 15 to 20 years
(Hollert et al. 2003a)) exerted significantly higher cytotoxicity and mutagenicity
(Fig. 10.10) than a moderate flood with a 1-year return period (Hollert et al. 2000a).
These findings supported the conclusion that the observed ecotoxicological effects
during major floods may be due to the in-stream erosion of highly contaminated
bottom sediments.

Recently, SPM of a flood event at the Neckar in 2004 with a recurrence interval of
five year was sampled using a sediment trap. Highest EROD activities of the extracts
could be found for the peak of the flood, with a ten time higher Dioxin-like activity
when compared to other SPM samples (details will be shown in an additional paper by
Wölz et al. presented in the forthcoming Sedymo-special issue in Journal of Soils and
Sediments, 2007). The two samples with the highest effects have been used for effect
directed analyses.

Fig. 10.10.
Time-course of the mutagenicty
during the flood event of Oct/
Nov 1998. Since for a moderate
flood event (HQ1) no mutageni-
city could be found, several
SPM extracts revealed geno-
toxic effects in the Ames test
without S9 mix
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Using the shown strategy it is possible to investigate the risk of erosion. However,
the identity of the pollutants causing effects in the bioassay is still unknown.

Effect directed analyses is a strategy to gain insight into the character of the nox-
ious substances (Brack 2003; Brack et al. 2005b). Organic extracts from SPM sampled
during the 2004 flood events was fractionated for polarity and aromaticity according
to an previously developed methodology (Brack et al. 2005b). Only the fractions re-
vealing high toxicity on bioassays are used for chemical analyses in order to identify
the toxic substance class or substance. Using this approach, it was possible to eluci-
date PCBs and Dioxins/Furans to contribute only for less than 1% of the biologically
derived EROD activities. The EROD activities of the fractions with PAHs explained
the major part of the Dioxin-like potential of the crude extracts. However, the mea-
sured US EPA priority PAHs contributed less than 20% to the total EROD activities
(Wölz et al. 2007).

Case Study Morava Catchment Area (Czech Republic)

Major flooding events also occur regularly in the catchment area of the river Morava
(Czech Republic). Water and sediment quality in this area has been impacted by his-
torical industrial activities within the watershed. In July 1997 the region was affected
by disastrous floods caused by two periods of exceptionally heavy rainfalls that re-
sulted in great material and ecological damages. Extensive rainfall plagued the north
part of the Morava River basin and the situation was even more complicated by the
second flood wave within 10 days period. In historical context it was very rare event
but due to human landscape interventions it is possible to expect similar events still
more frequently. During the flooding period lasting for several days, older sediments
were washed away and new silt materials were deposited up to several centimeters layer.
Because of our earlier monitoring of this area, the situation brought unique opportu-
nity to evaluate the changes in contaminant levels and the toxic effects in relation to
flood events. Initial evaluations of the target contaminant profiles in sediment and
water samples from several sites revealed that there was a gradient of concentrations
along the Morava River from upstream to downstream, and suggested that the tribu-
tary of the little stream Drevnice serves as a source of pollution to the Morava River
(Hilscherova et al. 2001; Holoubek et al. 1998). There are no limit values for sediment
contaminants in the Czech Republic but the concentrations of polycyclic aromatic hy-
drocarbons (PAHs) as well as other organic compounds were above the maximal per-
missible limits that apply for instance in the Netherlands, as were the concentrations of
Cd and Zn for soils. Most studies have been performed with the freshly contaminated
top sediment layers, but still there is only little information on the deeper layers that
might be mobilized during frequent floods.

Previous investigations have also shown the impact of floods on the periodically
flooded soils with significantly elevated contaminated levels namely with persistent
organic compounds (Hilscherova et al. 2001; Holoubek et al. 1998), and some heavy
metals (recent unpublished data). The most obvious changes related to major floods
in 1997 were observed for PAHs – the dominant contaminants in the area. The results
clearly showed that in some regions there was significant decrease in PAHs con-
centrations in riverine sediments after the floods while the concentrations in the
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surrounding soils at most sites within the flood affected area significantly increased
(Fig. 10.11).

Application of in vitro biotests has shown significant toxic, genotoxic, dioxin-like,
and estrogenic potentials in sediments collected from numerous sites (Hilscherova et al.
2002, 2001) and the bioassay results confirmed significant effects of floods. Both di-
oxin-like and estrogenic activities in sediments were generally either unaffected or
significantly decreased after floods (Fig. 10.12, 10.13) showing removal of upper con-
taminated layers and their transport downstream by the flood water.

The greatest added value of in vitro assays is that they provide an integrative mea-
sure of the potential of the complex mixture of compounds within the sample that may
cause a negative effect through the specific mechanism of action. They serve as rapid,
sensitive and relatively simple screening systems evaluating the presence of chemicals
and their mutual interactions with specific mode of action. Fractionation of extracts
enables separation of compounds present in the complex mixture and allows determi-
nation of the most active classes of compounds. In the study in part of the Morava
catchment area, the simple fractionation procedure also revealed the important role of
mediate polar PAHs and pesticides for both the estrogenic and dioxin-like effects
(Hilscherova et al. 2001, 2002) which was confirmed by the mass balance calculations
(Hilscherova et al. 2002, 2001). Further, mechanism-specific bioassays were confirmed
to be an effective tool in initial screening of river sediments compared to the more
time- and cost-demanding instrumental analyses.

In vitro biotests have shown significant toxic, genotoxic, dioxin-like, and estrogenic
potentials in sediments collected from numerous waters (Hilscherova et al. 2002, 2001).
However, most studies have been performed on the freshly contaminated top sediment
layers, and there are no information regarding the deeper layers of sediments that might
be mobilized during frequent floods.

Fig. 10.11.
Effect of floods in 1997 on con-
centrations of PAHs (sum of
16 US EPA PAHs) in sediments
and floodplain soils of the
river Morava Catchment area
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Conclusion

The present article features the urgent need to cross disciplinary boundaries in order
to derive a realistic assessment regarding the erosion risk of old deposited sediment
layers as well as the bioavailablitiy and hazard potential of their associated contami-
nants at different aquatic sites. Especially the combination of hydrodynamic and
ecotoxicological methods will give (i) comprehensive insights into the effects of flood
events on biota and ecosystems and (ii) allow evaluation of sediment and thus water
quality with regard to the global change and the expectations of more severe floods in
the near future.
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A

absorption  351
acenaphtylen  275
acidification  267
acidity  26
activity

–, dehydrogenase  372, 394
–, denitrifying  372
–, enzymatic  394

adhesion  347
adsorption  17, 351
advection  17
aggregation  17, 149, 233

–, behavior  238
–, fine river sediment  233
–, sediment  234, 236

aging effect  56
air-drying  53
Aire River  5
Amazon  3
Ames-Test  408
ammonia flux  114
analysis

–, chemical  337
–, of variance (ANOVA)  71, 72
–, quality assurance  380
–, sediment traceability  55
–, statistical  71, 338

Andernach  12
ANOVA  (see analysis of variance)
approach

–, interdisciplinary  15, 17
–, KD-  24

archive, environmental  49
area

–, agricultural, source  5
–, of concern  11
–, of risk  11
–, urban, source  5

arsenic  199, 202–204

–, concentration  292
–, dynamics  335

Arthrobacter globiformis  394

B

Bacillariophyceae  83
Bacillus subtilis 354
bacteria  84, 85, 88

–, distribution  373
–, heavy metal transport  368

bacterial
–, cell density  371
–, cell number  81, 84
–, concentration  374
–, transport  363

Bagnold suspension model  159
Baia Borsa  336
Baia Mare  336
Baltic Sea  317
Benthic Water Column Simulator (BWCS)  68,

91, 92, 96–98
–, characteristics  94

benzo(ghi)perylene  285
bioassay  394–396, 411
bioavailability  49

–, assessment  49
–, of contaminant  402

biofilm  19, 344, 349–351, 367
–, architecture  348
–, as sink and source  351
–, formation  363
–, mass transport  348
–, role in sorption  352
–, sediment transport  358

bioluminescence  394
bioturbation  17
boundary conditions  128
box sampler  40
Bremen Harbor  310
British Columbia  222



420 Index

Brunsbüttel  301
bulk density  73, 75, 76, 88
Bunthaus  301
burial  17
BWCS  (see Benthic Water Column Simulator)

C

C:N ratio  217, 224–226, 229, 281
cadmium  299

–, concentration  376
–, mobilization  27

Caenorhabditis elegans  387, 394
calcite  234
calcium  263

–, mobilization  27
carbohydrate  75, 76

–, colloidal  73, 74, 84
–, concentration  76
–, resin-extractable (CER)  81, 84–86, 88
–, water-extractable (CH)  85, 86, 88

carbohydrate/protein ratio  365, 366
carbon

–, isotopes, stable  223–225
–, particulate, content  285

case study  273
–, disposal of dredged material  133
–, erosion capacity of flood  61
–, Morava catchment  409
–, Upper Rhine  44
–, Vogelbach  187

catchment modeling  171–173, 175
–, obstacles  177
–, strategies  177

cation exchange capacity (CEC)  52, 81, 86, 88
cell wall exchange  17
Centrales  83
CER  (see resin-extractable carbohydrate)
CH  (see water-extractable carbohydrate)
chamber, benthic  90
change

–, delayed  28
–, global environmental  6

channelization  3
Chironomidae  83
Chlorellales  83
Chlorococcales  83
chlorophyll a  71–74, 76, 81, 84, 85, 88, 113

–, concentration  76
Chlorophyta  83
chromatography, size exclusion  235, 238
classification, ecotoxicological  394, 397
cluster analysis  341
coagulation theory  146

cohesion  347
–, sensitivity meter  70

Cohesive Strength Meter (CSM)  71
collision

–, efficiency  365
–, probability  147

colloid  19
colonization, microbial  107, 110
Colorado River  4
column

–, differential
–, settling  148
–, turbulence  39

–, flume  361
–, leaching experiment  235, 238
–, sediment  358, 359

competition effect  243
complexation  17
compliance monitoring  11, 50
compound, hazard classes  11
condition

–, electrochemical  365
–, hydrological, pre-event  279

conductivity
–, electrical  236
–, hydraulic  363

contact, liquid-solid  246
contaminant  242

–, adsorbed  119, 120
–, availability  402
–, dissolved  119, 120
–, load  200
–, mobilization  402
–, organic, behavior  25
–, pathways  36
–, reactions  306
–, sediment  2
–, sink  36
–, source  36
–, transport  118, 306

–, modeling  42
contamination

–, historic  9
–, riverine  79

content, organic  75, 76
control

–, positive  385
–, sediment  384

copper  202, 283
–, concentration  307, 310, 311, 376
–, flux  313
–, forms  314

correlation analysis  75
CSM  (see Cohesive Strength Meter)
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cultivation  3
Cylindrotheca closterium  349, 350
cytotoxicity  407
Czech Republic  409

D

dam building  3
Danio rerio  404
Danube  3, 336, 337, 339
data

–, base  43
–, ecotoxicological  387
–, hydraulic, quality  58
–, management  385

decomposition  17
deforestation  3
dehydrogenase activity  394
deposition  200

–, pattern  153
desorption  17, 241, 244, 351

–, kinetics  245
–, process  247, 354

DET (see diffusive equilibria in thin-films)
development, model  22
DGT  (see differential gradient in thin films)
Diepoldsau  12
differential gradient in thin films (DGT)  259,

262, 264–268, 307, 313–315
differential turbulence column  25, 100, 102
diffusion  17
diffusive equilibria in thin-films (DET)  307,

312, 314, 315
digestion  17
discharge  135, 201

–, capacity  44
–, hydrograph  45

dissipation parameter  144, 154, 155
dissolution  17
dissolved organic carbon (DOC)  17, 233, 235,

236, 238, 239, 243–246, 248
dissolved organic matter (DOM)  22, 26, 30, 217,

235, 240–246, 248
dolomite  234
drainage, artificial  3
dredged material  135

–, disposal  133
dry substance  201
Duero River, Portugal  5

E

Ebro River  4
ecosystem

–, aquatic  68
–, boundaries  68
–, sediment stability  72
–, stability regulation  77

Eden Estuary  69, 70, 75, 76
effect

–, chemical  56
–, classification  395
–, hydrodynamic  56
–, microbial  343

Eh measurement  52
Elbe River  27, 86, 109, 110, 260, 300, 309, 396

–, basin  393
–, map  289

–, catchment  198
–, discharge  398
–, ecotoxicological classification  397, 398
–, flow velocity  93
–, groyne field  111
–, intertidal groyne field  107
–, sediment toxicity  391

–, spatial distribution  394
–, tidal reach  296
–, trace metals  287, 296

electrical conductivity  236
emission

–, balances  175
–, continuous point source  177
–, discontinuous non-point source  181
–, modeling  172
–, pathways  175

Ems River  171, 207, 210–212, 214, 297
–, P-input  211, 212

endpoint selection, uncertainties  386
enrichment ratio  182
entrainment rate  249, 250, 253
enumeration, bacterial  372
environmental quality standards  50
epiphytes  76
EPS  (see extracellular polymeric substances)
equilibrium experiment  243
Erft River  173, 180, 181, 213
erosion  182

–, capacity  61
–, coefficient  61
–, constant  138
–, curve  109
–, ecological relevance  107
–, effects  56
–, experiment  317
–, exponent  61
–, model  182, 190, 193
–, modeling  182, 209
–, processes  11
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–, rate  61, 320
–, shear stress  61, 82, 138
–, threshold  74, 249

EROSION 3D model  181–183
Escherichia coli  354
estuary, sediment resuspension  26
EU Water Framework Directive  10
eutrophication  214
evaluation  150
experiment  259

–, abiotic  375
–, analytical  28
–, biotic  375
–, column leaching  235
–, equilibrium  243
–, laboratory  148
–, microcosm  26
–, resuspension  27
–, retention-remobilization  360
–, stability  360
–, stirring tank  235, 238
–, titration  234, 237

extracellular polymeric substances (EPS)  81,
112, 113, 345, 351
–, fractions  85
–, matrix  352

F

Fahlberg groyne field  84, 86
fall velocity  138
feldspar  234
fertility  394
field

–, measurement  134
–, sampling  54

filtration  17, 371
fine sediment behavior  99
fine-particle  157
fingerprinting technique  270
floc

–, class  146
–, diameter  146
–, fraction  150
–, parameter  144
–, riverine  18
–, size

–, distribution  151
–, fraction  333

flocculation  150, 151, 154, 221
flood

–, artificial  279
–, ecotoxicological impact  405
–, erosion

–, capacity  61
–, risk  405

–, event
–, eroded sediment  62, 63
–, hydrograph  63

–, natural  279
–, wave  278

floodplain  287
–, sediment  199, 271

flow
–, ammonia  114
–, discharge  158
–, field  136

–, turbulent  101
–, model  162
–, monitoring  50
–, oscillating  17
–, summer pre-spawn  223
–, tidal  17
–, turbulence  96, 98
–, turbulent  17, 40
–, velocity  93

flume column  361
fluorescence  394
food web  17
formaldehyde  370
freeze-drying  53
freshwater quality  401
friction velocity  97
Froude number  163, 164

G

Gambsheim  47
gamma ray  370

–, densitometer  406
Geesthacht  301
Gerstheim  47
gradient

–, temporal  79
–, vertical  79

grain size  55
growth  394
groyne field

–, intertidal  107

H

Hamaker-constant  147
Hamburg  27
Hamburg Harbor  117, 152, 259, 260, 303, 310,

388, 394, 397
harbor, estuarine

–, sedimentation  152
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hazard
–, assessment  11
–, classes  11

HCB  (see hexachlorobenzene)
heavy metal  309, 407

–, concentration  371, 372
–, distribution  374
–, dynamics  335
–, mobility  258
–, release  267
–, Rhône River  368
–, sorption  235, 239
–, transport  368

hexachlorobenzene (HCB)  42, 44, 130
–, concentration  135
–, mass balance  46

hill slope  182
HOC  (see hydrophobic organic contaminant)
Hoover Dam  4
hydraulic condition  364
hydrobiotite  331
hydrocarbons, total  372
hydrodynamics  35, 49, 67, 401

–, natural  25
–, sediment ecotoxicity  404
–, simulation  90

hydrogen carbonate  263
hydrophobic organic contaminant (HOC)  241,

244–248
hydropower station  44

I

Iffezheim  45, 47
–, reservoir  46

implementation, numerical  123
indicator

–, source  270
–, transport  269, 270

influent solution  358
ion concentration  264
iron

–, concentration  376
–, oxides, precipitation  353
–, particle bound  284

isotopes, nitrogen  223–225

K

kaoline  104, 106, 234
–, floc  105

kaolinite  234, 331
Kartelsbornsbach  275
Kaub  12

KD-approach  24
key variable  69
Kolmogorov length  146, 154
Krumme Spree  250

L

laboratory
–, experiment  148
–, simulation  28

land
–, management  3
–, use  3

land-cover change  186
Lauffen Reservoir  86, 407
layer

–, anoxic  264
–, oxic  264

leaching  235
–, experiment  235, 238

Limanda limanda  405
limit

–, liquid  81
–, plastic  81

liquid limit  81
Loch Leven  69, 75, 76

M

macrofauna  83
macroinvertebrates  81
Magdeburg  200
management, sediment  35
Marckolsheim  45, 47
mass conservation  120

–, equation  119
matrix exchange  267
matter

–, organic  73, 221, 227
–, concentration  76
–, riverine sources  219

–, particulate
–, dissolved  197
–, dynamics  296
–, suspended  197

–, suspended  374
–, concentration  370, 372, 373
–, filtration  51
–, sampling  51

–, total particulate (TPM)  109, 110, 112
Maxau  12
measurement  28

–, differential gradient in thin films (DGT)
264
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–, stability  68
–, methods  69

Mecklenburg Bight  116, 317–319, 323, 325
media, porous  363
MEPhos model  206, 207

–, description  207
mesocosm  39, 305, 308–312
metal  17

–, concentration  312
–, content  263
–, measurement  266
–, release, delayed change  28
–, resuspension  264
–, solubility  9
–, transfer  26

method  221, 233, 242, 249, 281, 290, 297, 358,
369, 370, 394, 406
–, analytical  243
–, ecotoxicological  403
–, experimental  242
–, operator splitting  123

mica  234
microalgae  83
microbial mineralization  353
microcosm  26, 27, 94–98, 250, 256

–, experiment  26
–, Gust  91, 97, 98

microfossil  353
micrograph  111
microphytobenthos  76
Middle Elbe  171, 197–199, 202–204
milieu, anoxic  9
mineral composition  81
mineralization, microbial  353
mining spill  305, 335–337, 339–342
Mississippi  3
mitigation  2
mobility, pollutant  344
model  7, 131

–, application  183
–, Bagnold suspension  159
–, biochemical multi-component  23
–, catchment  175
–, chemical multi-component  23
–, development  16, 22, 131
–, domain  135
–, erosion  182, 190, 193
–, EROSION 3D  181–183
–, flocculation  142

–, fractionated  143, 147
–, flow  162
–, general circulation  7
–, input data  134
–, MEPhos  206, 207

–, non-equilibrium, multi-class floccula-
tion  142

–, numerical  130
–, parameter, uncertainty  59
–, rainfall-runoff  193
–, results  138
–, suspension  165
–, transport  137, 138
–, validation  16, 22, 177, 210

modeling  57
–, biogeochemical data  22
–, catchment  171–173

–, obstacles  177
–, strategies  177

–, emissions  172
–, erosion  182, 209
–, exposure  38
–, GIS-based  28
–, hydrodynamic data  22
–, land-cover change  186
–, module concept  118, 119
–, numerical  28

–, two-dimensional  130
–, P-flux  206
–, time dependency  144
–, transport  117

–, contaminant  42
–, two-dimensional numerical  118

module
–, concept  118, 119
–, limitations  128

monitoring
–, compliance  11, 50
–, flux  50
–, trend  11, 50

Monte Carlo simulation  61
montmorillonite  331
Morava River, Czech Republic  409

–, catchment  409–411
mountain river  273
mudflat  71
mutagenicity  407, 408
Mytilus edulis  405

N

Neckar River  86, 405, 407
–, sediments  111

nematode test  387, 396
Neu-Darchau  299, 301
Nitzschia cf. brevissima  349
nonlinearity  127
Norderelbe  260
North Sea  309
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O

O’Ne-eil Creek  221–230
–, C:N ratio  226

Oberhafenkanal  260
Olewiger Bach  274, 280–282
Olewig-Kloster  284, 285
Oncorhynchus nerka  222
Oortkaten  93, 395
open channel, turbulence  99
operator splitting  123
organic matter  73, 221, 227

–, concentration  76
–, sources  218

–, riverine  219
organics  17
organism  358

–, benthic  53
oven-drying  53
over-grazing  3
oxidation  267
oxygen

–, consumption  114
–, content  264

P

particle
–, cohesive, transport  270
–, microbial colonization  110
–, number, concentration  201
–, size  236

–, distribution  52, 103, 200
–, suspended  40

PCA (see principal component analysis)
PCBs (polychlorinated biphenyls)  288, 406, 407
pellet generation  17
Pennales  83
pentachlorobenzene  242, 244, 246

–, desorption  248
pentachloronitrobenzene  242, 244, 246

–, desorption  248
Peutekanal  260
P-flux, modeling  206
pH

–, delayed change  28
–, measurement  52
–, value  236

phase, solid  233
pheophytin  85, 88
pheopigments  81, 84
phlogopite  331
phosphorus

–, entrainment  249

–, rate  254
–, input  208, 210
–, load  208

–, modeled  208
phytoplankton  76
plastic limit  81
Platichthys flesus  405
point source emissions  177
pollutant  351

–, bioavailability  49
–, concentrations  49
–, cycling  17
–, hydrophobic  241
–, mobility  49, 344
–, pathways  172, 176
–, retention  365
–, sorption  241
–, sources  172
–, transport  279

–, prediction  23
pollution  49

–, event  49
–, past level  49
–, processes  15, 16

polysaccharides  352
porewater

–, copper concentration  310
–, study  21

Port of Hamburg  (see Hamburg Harbor)
Port of Rotterdam  12
Potamogeton sp.  69
precipitation  17
Prelouc reservoir  84
principal component analysis (PCA)  81
procedure, analytical  55
process  16, 18

–, desorption  354
–, hydrological  271
–, natural  16
–, pollution  15, 16
–, remobilization  366
–, retention  366
–, sediment  15, 16
–, sources  271

property  16
–, biological  87
–, capacity controlling  57
–, physico-chemical  86

proteins  84, 85
Pseudokirchneriella subcapitata  394
Pseudomonas aeruginosa  343, 350, 352, 358,

360–363, 366, 367
Pseudomonas putida  348, 352
Puccinellia maritima  70, 77
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Q

quality
–, assessment  12, 51
–, control  54, 384
–, freshwater  401
–, objectives  383

quartz  234

R

radionuclide tracer
–, activities  320
–, profile  317, 320

radius, hydraulic  160
rain

–, erosivity  209
–, event  223

rainfall, model-runoff  193
reach tidal  296
redox potential  57, 262, 264, 345, 375, 397
Rees  12
reference sediment  384
release  17
remediation  2, 12
remobilization  270, 360, 361, 366

–, risk  406
reproduction  394
resuspension  17, 249, 250, 264

–, controlled  262, 263
–, ecological relevance  107
–, experiment  27, 261
–, metals, particle bound  264
–, oxidized  267
–, suction-vortex  157

retention  360, 361, 366
–, rare earth element  331

Reynolds Number  191
Rheinau  47
Rheinfelden  12
Rhine River  7, 11, 80

–, case study  44
–, contamination  398
–, ecotoxicological study  82
–, flood  35
–, MEPhos model  207
–, P-input  210–215
–, reservoir  45–47
–, sediment

–, historical contaminated  11
–, load  12
–, suspended, concentration  135
–, transport model  7, 12

rhodamine  362, 364, 365
Rhône River  256, 369, 370

–, dredging  368, 377
–, experiment  256
–, sediment  371

risk
–, assessment  2, 11, 35, 50
–, index  38, 39

river
–, basin

–, integrated strategy  12
–, P-flux  206
–, risk assessment  10
–, sediment  1
–, strategy  13

–, flux, fine-particle  157
–, management  3
–, pollutant mobility  49
–, sediment

–, bottom  270
–, managing  35
–, resuspension  26
–, storage  287
–, transport  287

–, system, emission balances  175
–, use  3

riverine floc  18
Rotbach catchment, sediment input  183
runoff  191
Ruwer River  276

S

salmon spawning  228
saltmarsh  71
sample

–, anoxic  57
–, collection  54, 70
–, event  223
–, freezing  52
–, handling  53, 54
–, mixing  52
–, oxidized  57
–, preparation  55, 337

sampler
–, box  40
–, instantaneous  51
–, integrating  51
–, pumping  51

sampling  55, 81, 337, 394
–, approach  225
–, procedure  54
–, strategy  199
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Scheldt Estuary  159
Schoklitsch equation  190
Schönberg  291, 292

–, arsenic concentration  294
–, map  290
–, trace metal concentration  294

Schweenssand  260
SEC  (see size exclusion chromatography)
sediment  10, 199

–, aggregation  234, 236
–, analysis

–, chemical  55
–, ecotoxicological  380
–, traceability  382

–, anoxic  263
–, behavior  99
–, biofilm  344, 345
–, biotic settling  372
–, characteristics  71, 370, 371

–, microbiological  372
–, physico-chemical  372

–, column  359
–, artificial  358

–, compacted  9
–, compliance monitoring  11, 50
–, composition  110, 259
–, contaminant  2, 306
–, contaminated  8

–, solutions  9
–, contamination  403
–, control  384
–, copper

–, concentration  310
–, fluxes  313
–, forms  314

–, core  51
–, profile  24

–, data quality  49
–, chemical  382
–, ecotoxicological  383

–, delivery  209
–, ratio  182

–, depot  9
–, depth profile  260
–, dynamics  344
–, ecotoxicity  401, 404
–, erodibility  107
–, erosion  109, 317

–, curve  109
–, estuarine environment  328
–, fine  305

–, aggregation  233
–, sorption  233

–, formation  353
–, freshwater quality  401
–, grain, bacterial attachment  364
–, influences  2
–, layer, anoxic  267
–, -liquid interface  361
–, load  200

–, change  12
–, management  35, 37

–, sustainable  35
–, microbial colonization  110
–, mobility assessment  25
–, mobilization  402
–, oxic  262
–, particle  305
–, pollutant  241
–, preparation  52, 53
–, processes  15, 16, 363
–, properties  79, 81, 86, 87, 233

–, biological  79
–, physico-chemical  79
–, transformation  270

–, quality  1
–, assessment  12
–, triad  392

–, quantity  1–5
–, reference  384
–, resuspended  258
–, resuspension  26, 259
–, river bottom  270
–, riverine, suspended  218
–, sample

–, dry  53
–, handling  52
–, preparation  52, 53
–, storage  52
–, wet  52

–, sampling  50, 233
–, spatial variability  41
–, stability  40, 69, 71, 73, 81, 86, 87, 110, 361,

365
–, biofilms induced  361
–, biogenic mediation  83
–, determination  79
–, inter-site relationships  72
–, intra-site relationships  72
–, variation  72

–, stabilization  112
–, sterilized, settling  372
–, storage  287
–, suspended  119, 120, 224

–, collection  223
–, transport  279
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–, toxicity  379, 381, 394
–, evaluation  391
–, temporal changes  395

–, transport  3, 139, 161, 190, 287
–, biogeochemical factors  355
–, capacity  190
–, modeling  130, 186

–, treatment, anoxic  54
–, trend monitoring  11

sediment dynamics and pollutant mobility in
rivers (SEDYMO)  13, 18, 89, 98, 141, 148,
156
–, approach  15
–, Priority Program  28
–, structure  29
–, sub-projects  30
–, themes  16

sedimentation  152
SEDYMO  (see sediment dynamics and

pollutant mobility in rivers)
Seemannshöft  300
segregation  150
sensor technique  20
SETEG  (see Strömungskanal zur Ermittlung der

tiefenabhängigen Erosionsstabilität von
Gewässersedimenten)

settling  17, 152, 372
–, velocity  143, 144, 160

shear
–, stress  61, 82, 95, 138, 190

–, critical  83, 86, 109, 191, 323, 407
–, velocity  256

signal, wall-pressure  162
sink  351
size

–, distribution  146
–, exclusion chromatography (SEC)  235,

238
soil

–, contaminated, historical  11
–, erodibility  209
–, erosion  182
–, particle size classes  81
–, transfer  182

solute/solid interaction  23
sorption  17, 233, 241, 244

–, fine river sediment  233
–, heavy metal  235, 239

source  351
–, diffuse  206, 210
–, discontinuous non-point  181
–, indicator  270
–, material, fingerprinting  270
–, point  206, 210

Spain  4
spawning, active  223
species transformation  17
Spree River  29, 249, 252–257

–, phosphorus entrainment  249
springmelt  223
stability

–, biological  24
–, experiment  360
–, hydrodynamic  24
–, measurement  68

–, methods  69
–, regulation  69, 77
–, sediment  71, 361

stabilization, sediment  112
statistics  81

–, multivariate  81
stickiness  146
stirring tank  235, 238
storage  270
Strasbourg  47
stress shear  190, 191, 323
Strömungskanal zur Ermittlung der tiefen-

abhängigen Erosionsstabilität von Gewäs-
sersedimenten (SETEG)  80
–, flume experiments  24
–, system  39

Stuart-Takla region  222
study

–, geotechnical  52
–, pore water  21
–, pre-SEDYMO  23

sub-project, biological  18
subsampling  52
substance

–, extracellular polymeric  112
–, fluxes  50
–, of concern  11

suction-vortex resuspension  157
Süderelbe  93, 260
sulfate  263
summer, pre-spawn flow  223
surface water

–, P-inputs  209
–, sediment input  209

survey, basic  49
suspended matter

–, filtration  51
–, sampling  51

suspension model  165
Szamos River  336

–, particle content  340
–, trace element concentrations  338
–, zinc concentrations  339
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T

technique
–, experimental  16, 17
–, fingerprinting  270
–, sensor  20

TELEMAC-system  117–119, 124, 126–128, 130,
143, 155

test
–, data accuracy  388
–, nematode  396
–, uncertainty  385

–, immanent  385
thorium  270, 305, 317, 320–322
tissue, organic  224
Tisza River  335, 336

–, particle content  340
–, trace element concentrations  338
–, zinc concentrations  339

titration experiment  234, 237
TOC  (see total organic carbon)
total element load  203
total organic carbon (TOC)  81, 86, 88, 372
total particulate matter (TPM)  109, 110, 112
toxicity

–, data  395
–, test, uncertainty  385

TPM  (see total particulate matter)
trace metal  287

–, concentration  292
tracer

–, geochemically labeled  328
–, rare earth element labeled  330
–, sediment, physical behavior  332
–, signal

–, detection  330
–, retention  330

transfer, colloidal  17
transformation  272
transport

–, bacterial  363
–, contaminant  118
–, equation  23
–, indicator  269, 270
–, model  137, 138
–, modeling  117

–, two-dimensional numerical  118
–, pathway  328
–, pollutant  279
–, processes  8, 11
–, sediment  3, 190
–, transformation  272

trend, monitoring  10, 50
trichlorobenzene  242, 244, 246

–, desorption  247, 248
–, kinetics  246

Tubifex tubifex  114
Tubificidae  83
turbidity  251
turbulence

–, intensity  146
–, open channel  99

U

uncertainty  43, 52, 385, 386
–, assessment  387
–, origin  60
–, reduction  387
–, transmission  60

Upper Rhine River  41, 130
–, case study  44
–, reservoirs  45

–, HCB mass  47

V

validation, model  22, 177
variation, spatial  69
Veddel  260
velocity, settling  144, 160
Vibrio fischeri  394
viscosity, dynamic  93
Vogelbach Basin, Switzerland  186, 187
vortex  118, 154, 157, 162–164, 166

W

wall-pressure, signal  162
wash-load  158

–, identification  158
waste water treatment plants (WWTP)  176–181

–, effluent  177, 178
water

–, column
–, bacterial population  374
–, hydrodynamics  90
–, simulator  91, 262

–, content  81
–, quality assessment  381
–, sample  199
–, sediment interactions  217

Wedel  300, 301
Weser  309
Water Framework Directive (WFD)  6, 10, 13,

50, 171–176, 183, 184, 206,
–, management  175
–, scales  174
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Wittenberge  200
Worms  12
WWTP  (see waste water treatment plants)

Y

Yacht Harbor, Süderelbe  260
Yangtze  3

Z

zeta potential  236
zinc  283, 299, 301

–, concentration  375, 376
–, particle bound  284
–, sorption kinetics  240

zone, benthic  91
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