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Nanotechnology has a great potential for providing efficient, cost-
effective and environmentally acceptable solutions to face the 
increasing requirements on quality and quantity of fresh water 
for industrial, agricultural, or human use. Iron nanomaterials, 
either zerovalent iron, iron oxides, or those prepared from natural 
extracts and iron salts, present key physicochemical properties 
that make them particularly attractive as contaminant removal 
agents for water and soil cleaning. The large surface area of these 
nanoparticles imparts high sorption capacity to them, along with 
the ability to be functionalized for the enhancement of their affinity 
and selectivity. However, one of the most important properties is the 
outstanding capacity to act as redox-active materials, transforming 
the pollutants to less noxious chemical species by either oxidation or 
reduction, such as reduction of Cr(VI) to Cr(III) and dehalogenation 
of hydrocarbons.
	 This book focuses on the methods of preparation of iron 
nanomaterials that can carry out contaminant removal processes 
and the use of these nanoparticles for cleaning waters and soils. 
It carefully explains the different aspects of the synthesis and 
characterization of iron nanoparticles and methods to evaluate their 
ability to remove contaminants, along with practical deployment. 
It overviews the advantages and disadvantages of using iron-
based nanomaterials and presents a vision for the future of this 
nanotechnology.
	 Although there are a number of books published on the subject 
of nanomaterials, not too many of them are especially devoted to 
iron materials, which are rather of low cost, are nontoxic, and can 
be prepared easily and envisaged to be used in a large variety of 
applications. The literature has scarce reviews on preparation of 
iron nanoparticles from natural sources and lacks emphasis on the 
different processes, such as adsorption, redox pathways, and ionic 
exchange, taking place in the removal of different pollutants. Reports 
and mechanisms on soil treatment are not commonly found in the 
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waters and soils. 
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various stages of its development.
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1.1 Introduction

Due to the demand for fresh water, which has tremendously increased 
[1], it is necessary to process huge amounts of wastewater effluents 
containing different types of pollutants. The requirements for 
clean and safe water, continuously increasing due to the increase in 
population, draughts, and contamination of water sources, are more 
and more stringent. For this purpose, new innovative treatment 
processes, together with improvement in the conventional ones, are 
essential to sustain the demand for clean water. The conventional 
technologies, although well understood and deployed, are generally 
costly and sometimes ineffective to reach environmental regulations.
	 Effluent slurries coming from various industrial processes 
together with domestic wastes are still present in the ground 
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2 The Story and Future of Nanoparticulated Iron Materials

and sometimes contain high amounts of heavy metals and dense 
nonaqueous phase liquids (DNAPLs), for example, chlorinated 
solvents, because they have been improperly disposed in the past. 
These wastes migrated into the ground. For decades, it was not 
recognized that they could persist in the subsurface, potentially 
contaminating drinking-water sources. Both heavy metals and 
DNAPLs are particularly persistent contaminants and are common 
contaminants at industrialized sites. The existing technologies (steam 
and density modified displacement, stabilization/solidification, and 
in situ redox treatment) cannot achieve the regulations for cleanup 
of contaminated aquifers.
	 Recently, nanotechnology has emerged as a very important tool 
for the removal of several pollutants from wastewaters and soils, 
with considerable potential benefits even with the possibility of use 
to obtain safe drinking water [2, 3]. Nanoparticles are small atomic 
clusters in the range of 1–100 nm with size-dependent properties. 
On the other hand, nanotechnology can be defined as a new area of 
science and engineering that involves the discovery and ability to 
manipulate, control, and apply nanoscale material in a useful way. 
The name “nano” comes from the size of the molecules, which is 
measured in nanometers or one billionth of a meter (i.e., 1 nm = 1 × 
10−9 m) [4].
	 The use of zerovalent iron nanoparticles (nZVI) or nanostruc-
tured iron oxides (nFeOx) is a rather new technology for the treat-
ment of contaminated land and water (surface and groundwater). 
This technology can be widely adopted as a rapid, highly effective, 
and low-cost alternative to conventional remediation technolo-
gies. However, several steps should be first envisaged to solve some 
remaining problems for a wide application, such as the lack of in-
stability of free nanoparticles, or difficulties for injection in soil 
to achieve good contact of the nanoparticles with the subsurface 
groundwater.
	 The unique properties of nanoparticles, i.e., the large surface-
area-to-volume ratio and the high surface energy lead to a 
significantly improved reactivity with regard to contaminants 
[5]. Use of nanoparticles is convenient for in situ applications. 
Particularly, iron nanoparticles have proved to be very effective 
for the transformation and detoxification of a wide variety of 
contaminants, such as chlorinated organic solvents, pesticides, 
PCBs, arsenic and heavy metals, among others.
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	 The use of nanometals for subsurface remediation of chlorinated 
compound and heavy metal contaminated sites has received 
significant attention due to the ability of nanometals to rapidly 
transform contaminants in controlled laboratory experiments. 
Nanometals used for these purposes include nanoiron and nanozinc, 
but nZVI is most commonly used. In addition, other metals such as 
palladium or nickel are usually added to increase the reduction rate, 
forming a bimetallic nanometal. The reactivity and the availability 
of the existing technology to precisely design and synthesize 
nanometals make these materials particularly attractive for the 
remediation of subsurface contaminants.

1.2 Use of Zerovalent Iron for Environmental 
Purposes

The use of iron in its elemental state, Fe0 or ZVI, has been recognized 
as a potential tool for the removal of contaminants due to the 
exceptional properties of the material: ZVI is abundant (the fourth 
most abundant element in the earth’s crust), nontoxic, cheap, easy 
to produce, and the process requires little maintenance. ZVI is an 
effective reductant but offers also good properties to degrade or 
oxidize other pollutants, can be combined with H2O2 to produce 
Fenton-type processes, and can be used to remove Cr(VI) and other 
heavy metals, halogenated organics, nitroaromatic, metalloids 
such as As, nitrate, dyes, phenolic compounds, etc. The use of the 
technology has enormously increased in the last years.
	 In the 1980s, ZVI began to be used for environmental 
purposes in the form of powders or filings taking profit of the iron 
corrosion chemistry. In 1982, Gould published the first study on 
the environmental use of ZVI, describing the kinetics of reduction 
of hexavalent chromium by metallic iron [6]. In 1991, the first 
field application of ZVI in permeable reactive barrier (PRB) 
technology for in situ remediation of groundwater contaminated 
by trichloroethylene (TCE) and pentachloroethylene (PCE) was 
performed at the Canadian Forces Base, Borden, Ontario; removal of 
about 95 and 91% for TCE and PCE, respectively, was found [7]. Since 
then, the use of iron as a reactive material in PRB led to considerable 
R&D [8,  9]. Zerovalent iron PRB systems may remove chlorinated 
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organics by reductive dechlorination, whereas metals, metalloids, 
and radionuclides may be removed via reductive precipitation, 
surface adsorption or complexation, or coprecipitation with Fe 
oxyhydroxides formed on the ZVI surfaces. This work was followed 
by studies on Cr, As, halogenated hydrocarbons, etc. with microsized 
materials, for example, references [10–17]. Due to the success of 
the Fe0-based PRB implementation, ZVI technology gained much 
attention. Several papers detailed studies on the removal of organic 
and inorganic compounds by ZVI for hazardous waste removal [e.g., 
18–22], which indicated a great potential use of the material.
	 Concerning the involved reactions, Matheson and Tratnyek [15] 
related the chemistry of the iron corrosion with the dehalogenation 
pathways of halogenated compounds, and for the first time, they 
showed that increasing the clean surface area of iron greatly 
increased the degradation rate of, for example, carbon tetrachloride. 
An important study in 1996 described the kinetics of dehalogenation 
promoted by ZVI using an extended set of various iron powders; 
the reaction rates depended strongly on the reactive surface area 
of the materials [23]. Hereafter, ZVI has been extensively applied 
in the remediation/treatment of groundwater and wastewater 
contaminated with halogenated organics [23–26], nitroaromatics 
[22,  27], dyes [28,  29], phenolic compounds [30], heavy metals 
[31, 32], arsenate and arsenite [33–35], chromate [36, 37], nitrate 
[36,  38,  39], bromate [40], selenite [41], selenate [42,  43], and 
uranyl [44, 45]. In the last two decades, the number of publications 
increased exponentially [46].
	 Environmental applications of metallic iron have been 
enthusiastically accepted by many users and regulatory agencies, 
largely due to the low costs and the absence of any known 
toxicity induced by the use of iron. Metallic iron in the form of 
iron microparticles (granular or powdered, >0.1 mm in diameter) 
has been used in packed bed reactors and PRBs intersecting the 
contamination plume [47, 48].
	 Although ZVI has been extensively applied for the remediation/
treatment of groundwater and wastewater contaminated with 
various organic and inorganic pollutants, serious limitations 
appeared for the correct deployment of the technology. These 
limitations included low reactivity due to the intrinsic passive layer, 
narrow working pH, reactivity loss with time due to the precipitation 
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of metal hydroxides and metal carbonates, low selectivity for the 
target contaminant, especially under toxic conditions, limited 
efficacy for treatment of some refractory contaminants, and passivity 
of ZVI arising from certain contaminants [49]. In this last work, 
studies on ZVI technologies were divided into three categories: (1) 
studies to overcome the limitations of ZVI; (2) studies on the use 
of ZVI to sequester hazardous contaminants; and (3) application in 
real practice to tackle the derived problems.
	 Some review papers focused on microsized ZVI (mZVI) or ZVI 
with larger particle size [46,  50,  51]. Various criticisms about the 
technology arose [52, 53].
	 Actually, the efficiency of the ZVI technology was improved with 
various actions such as the pretreatment to remove the passive layer, 
the addition of a second metal, generally a noble one, to produce ZVI-
based bimetals, the coupling of ZVI with other adsorptive materials, 
and the recovery of the reactivity of aged ZVI. However, the most 
important advance was the fabrication of nanosized ZVI to increase 
the surface area of the material, leading to an exceptional reactivity.

1.3 Development of Nanostructured Zerovalent 
Iron

The investigations about the use of nZVI for groundwater reme-
diation began in the 1990s, and the prepared materials showed a 
tremendous promise in the environmental sector due to its high  
reactivity and effectiveness.
	 The first report on the preparation of metal nanoparticles was 
published by Schlesinger et al. in 1953 [54], who reduced transition 
metal ions, including Fe(II) with borohydride with the objective of 
hydrogen production; this technique was later confirmed by Brown 
and Brown [55]. In the 1990s, the nanosize of the products was 
ascertained [56, 57] and the term “nanoscale Fe powder” began to 
be used.
	 The small size makes the deployment of the nanoparticles very 
flexible due to their conceptually high mobility through porous 
media and their potential for injection at almost any location and 
depth in terrestrial groundwater systems. Nanoparticulated iron 
materials have been proven to be highly effective for the removal of 
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a wide range of pollutants in water, including chlorinated organics, 
inorganic anions, heavy metals and metalloids, including Pb, Cr, Cu, 
As, Ni, Zn, Cd, and Ag, and radionuclides such as radioisotopes of 
Ba, TcO4, and U [5 and references therein]. In 1997, preparation of 
nanoscale iron particles by reducing Fe(II)/Fe(III) ions of different 
salts in water (FeCl2, FeSO4) with sodium borohydride was reported; 
the authors pointed out that nZVI might be directly injected into the 
contaminated subsurface for in situ dechlorination in the subsurface 
and remediation of contaminated soil and groundwater [58, 59].
	 Over the last 25 years, the technologies based on iron nanoma-
terials for remediation of soil and groundwater have undertaken 
different issues, comprising the comparison with the use of iron 
(macro or micro) powder/filings, non-stabilized and stabilized 
nZVI, improvement in the mobility of nanoparticles, and injection 
procedures. Reviews on the subject appeared in last times, treating 
different scientific topics on the technology, for example, synthe-
sis, properties, and applications [60–62], nZVI aqueous corrosion, 
manufacture, enhancement of reactivity, stability and subsurface 
mobility [63], nZVI applications for groundwater remediation in 
Europe [64], nZVI/bimetallic nanomaterials [65, 66], benefits and 
risks of nZVI for in situ remediation [67, 68], and general overview 
[5,  69–71]. Zhao et al. [71] have described the evolution of ZVI-
based cleanup technologies, and Fig. 1.1., taken from this reference, 
provides an overview of the major milestones on the environmental 
uses of the technology.
	 According to Fig. 1.1, the following stages can be considered 
for the development of nZVI-based remediation technology: (1) 
synthesis, characterization, and testing of bare or non-stabilized 
ZVI, which are essentially ZVI aggregates with some primary 
particles in the nanoscale, (2) synthesis, characterization, and 
testing of stabilized nZVI for reductive dechlorination and reductive 
immobilization of redox active metals and radionuclides, (3) 
application of stabilized nZVI for environmental remediation, and 
(4) studies on environmental fate, transport and toxicity of bare 
and stabilized nZVI. Examples of potential applications of nanoscale 
iron particles for in situ remediation are depicted in Fig. 1.2., taken 
from Ref. [5]. As it can be observed, this includes transformation 
of fertilizers such as nitrate, dechlorination of organic solvents 
such as carbon tetrachloride or tetrachloroethylene, degradation 
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of pesticides such as Lindane or DDT, and immobilization of heavy 
metals or arsenic.

Figure 1.1 Development and technical evolution of stabilized nZVI 
technologies. Reprinted from Ref. [71], Copyright 2016, with permission from 
Elsevier.

Detoxification of pesticides
(e.g., Lindane, DDT)

Dechlorination of organic
solvent (e.g., CCl4, C2Cl4)

Contaminant
source

Injection of iron 
nanoparticles

Transformation of
fertilizers (e.g., NO3

–)

Immobilization of
metals (e.g., Cr, Hg As)

Figure 1.2 Nanoscale iron particles for in situ remediation. Reprinted by 
permission from Springer Nature: Kluwer Academic Publishers, Journal of 
Nanoparticle Research, Ref. [5], Copyright 2003.

	 Wang and Zhang [58] demonstrated that non-stabilized synthetic 
ZVI particles were effective for reductive dechlorination and noted 
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that the freshly prepared nZVI particles were much more reactive 
than commercial iron powders. Due to the importance of chlorinated 
hydrocarbons, these findings were judged of extreme relevance for 
decontamination of soils. However, it was needed to investigate the 
influence of the properties of the nZVI materials such as particle 
aggregation and soil deliverability, aspects that began to be studied 
[72–74].
	 It was noticed that the addition of a small fraction of a noble 
metal (e.g., Pd, Pt) to nZVI increased the surface-area-normalized 
rate constant by ~100 times. Thus, the use of nZVI/bimetallic 
materials showed to be promising for the subsurface remediation of 
chlorinated solvents and heavy metals [59].

1.4 Field Studies on Application of Stabilized 
nZVI for in situ Remediation

In recent years, a range of inexpensive, iron-based, water cleanup 
technologies have been developed to address the major problem 
of arsenic contamination in groundwater used for drinking [51]. 
Quinn et al. [75] highlighted the potential of nZVI to treat dissolved 
chlorinated solvents in situ, and to remediate zones with DNAPLs 
in aquifers. Since then, several field experiments were developed, 
typically injecting nanoparticles directly as a slurry (nanofluid) into 
the subsurface environment (e.g., [5, 26, 76]). The first field injection 
test of nZVI was reported in 2001 [26] for in situ degradation of 
chlorinated organics in groundwater. When a non-stabilized nZVI 
suspension was injected into the subsurface, it was observed that 
nZVI aggregates rapidly deposited on the well screen, while the 
remaining finer nZVI could travel from a few inches to a few feet 
before becoming immobilized in the soil matrix. The trend was 
then to investigate more effective stabilization techniques and 
more deliverable nZVI. The utility of iron nanoparticles in removing 
or stabilizing metallic and metalloid contaminants has also been 
demonstrated in a variety of soil and water media. Examples 
of reducing As [77,  78], Cu(II) [79], and Cr(VI) [80] mobility in 
groundwater or soils have been reported. A rapid transfer of nano-
iron-based remediation technologies from laboratory to field-scale 
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application and full-scale commercial applications of nZVI in land 
and groundwater remediation have rapidly developed [3]. In 2009, 
the technology was tested at the pilot- or field-scale at more than 58 
sites [81], which increased to around 70 projects worldwide at the 
pilot or full scale in 2015 [82, 83]. Various remediation efficiencies 
have been observed in field trials in the USA and in Europe [75, 84–
88].
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2.1 Introduction

The use of reactive nanoparticles (NPs) for industrial applications 
and their incorporation into domestic consumer products is 
continually increasing. For water and environmental remediation, 
the use of zerovalent iron nanoparticles (nZVI) has been most 
prolific for a variety of reasons, including efficacy, cost, and perceived 
environmental compatibility. This chapter examines the state-of-the-
art use of nZVI in land remediation and water treatment, specifically 
the development of “fixed” nanocomposites.

2.2.1 Nanoscale Zerovalent Iron

The use of zerovalent metals has been proven effective for the 
remediation of contaminated groundwater [1, 2]. Iron, above all 
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other metals, has gained most attention in this field, being relatively 
inexpensive [3], and viewed as more environmentally benign than 
other metals, as oxidized iron forms are ubiquitous in nature—in 
soils, rocks, lakes, rivers, on the sea floor, in air, and in organisms [4].
	 Due to their size, nanomaterials exhibit different physical, 
chemical, and biological characteristics when compared to their 
bulk counterparts [5]. Nanomaterials have a larger surface-area-to-
volume ratio and, consequently, a higher density of surface reaction 
sites per unit mass. Furthermore, surface free-energy is observed 
to be greater for nanomaterials than for micro- or macroscale 
counterparts. Nanomaterials, therefore, display a notably higher 
reactivity for surface-mediated processes.

2.2.1.1 Drawbacks of nZVI use

When within the optimum size range, nZVI potentially represents 
a more efficient alternative to current materials used for water 
treatment [6]. nZVI has been thoroughly studied for remediation 
purposes (see Refs. [5] and [7] and all references therein), and it has 
been shown to remove a large number of contaminants, and at much 
greater reaction rates than bulk iron.
	 However, despite the unquestionable effectiveness of nZVI, and 
the simplicity of delivery (nZVI can be injected into the ground as a 
dry powder or slurry to directly treat contaminated groundwater), 
there are multiple disadvantages of using “free” NPs for remediation. 
It is well recognized that the dispersion of nZVI in an aquifer 
will be limited by multiple processes: geochemical/geophysical 
characteristics, mineral sorption, microbiological activity, and 
aggregation and formation of voluminous corrosion products. These 
variables are difficult to predict and would require unique tailoring 
of nZVI for each situation [8, 9]. Further, changes in the groundwater 
system (natural or otherwise) may also cause contaminants 
adsorbed to the surface of nZVI to become remobilized and surface 
adaptations to be reversed or become redundant [10], consequences 
that become inevitable when considering the operational difficulty 
of reclaiming nZVI after injection.
	 Multiple studies have developed methods for avoiding these 
problems by adapting the nZVI particles to limit or negate 
interparticle attractions. Surfactants [11] or polymers [12] can be 
added to nZVI surfaces to encourage steric hindrance or prevent 
electrostatic attraction, or nZVI can be incorporated into other 
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mobile structures such as carbon [13], mesoporous silica [14], and 
colloidal clays [15]. However, these treatments are an additional 
cost, and some may be regarded as possible contaminants [16].
	 Furthermore, there is relatively little known about the long-
term ecotoxicological effects of freely dispersed nZVI or other NPs 
in the environment [17], as the same properties that provide the 
remediative qualities could also make them hazardous for living 
organisms. If, in the future, nZVI is classed as toxic or an unacceptable 
risk, any deployed nZVI may have to be remediated itself.
	 Due to some of the uncertainties outlined above, the UK 
government is taking a precautionary approach for introducing 
engineered NPs into the environment [16, 18] and has called for 
further research into nanotoxicology and NP behavior in subsurface 
environmental systems.

2.2 Nanocomposites: The Alternative?

2.2.1 Static Nanocomposites

To avoid the limitations outlined above, it would be highly 
advantageous to develop a remediation method that utilizes the 
reactivity of nZVI while avoiding the release of “free” NPs into the 
environment. One possible route is to develop a “nanocomposite” 
where NPs are anchored to, and complement, a micro- or macroscale 
support material; in this way, they can be safely recovered. 
Nanocomposites can be utilized for fixed bed reactors, filter columns, 
permeable reactive barriers, and domestic filters. There are three 
general categories of static nanocomposites: (a) membranes/mats, 
(b) beads, and (c) three dimensional porous structures (Fig. 2.1), 
which will be discussed in the following sections.

2.2.1.1 Membranes and mats

Membranes, with pore sizes of 50–200 nm in open structures [19], 
traditionally act as size-exclusion-based filters physically preventing 
harmful microbes or particles from passing through. However, the 
functionality of the membranes can be enhanced by modifying the 
pores with reactive functional groups/NPs that are readily accessible 
for reaction with aqueous contaminants.

Nanocomposites
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Figure 2.1 A schematic diagram illustrating the three types of static 
nanocomposite: (a) membrane or mat, (b) beads, and (c) porous 3D structures.

	 The main bulk structure of the membrane is commonly made 
from polymers such as poly(vinyl alcohol) (PVA) [20], poly(acrylic 
acid) (PAA) [21], polyethersulfone (PES) [22], and chitosan [23]. 
Membrane fabrication methods include phase inversion [22], 
solution casting [24], and thermal-grafting polymerization [19]. 
However, the most popular process is electrospinning [22], where 
fibers are produced by electrostatic repulsion. The nZVI can then 
be incorporated by, for example, submerging the fiber membrane in 
an aqueous solution of iron salt, causing iron ions to complex with 
the fibers. After rinsing off excess salt, the ions are then chemically 
reduced, often using sodium borohydride (NaBH4), to form the nZVI 
in situ.
	 Using this popular fabrication technique, Horzum et al. (2013) 
[23] created a chitosan fiber membrane functionalized with nZVI, 
and successfully removed As3+ and As5+ (25.0 mg/L) from synthetic 
solutions albeit under very specific conditions (pH 3.0 and low 
concentrations). A more successful nanocomposite, from cross-
linked water-stable electrospun PAA/PVA, was used as a nanoreactor 
to complex Fe3+ with the free PAA carboxyl residues for subsequent 
reductive formation of nZVI [20] and bimetallic FePdNP [25]. The 
resulting polymer nanofiber mats were stable, highly porous, 
reusable, and able to rapidly remediate waters spiked with various 
aqueous contaminants, including metal, TCE, and dyes. Daraei et al. 
[22] developed a novel nanocomposite membrane (using the phase 
inversion method) using a PES membrane matrix with polyaniline-
magnetite (PANI-Fe3O4) NPs, which removed 85% of 20 mg/L Cu2+ 
in 2 h. The membrane proved to be effective after regeneration with 
EDTA (for four cycles). Parshetti and Doong [26] functionalized 
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two polymer membranes, polyvinylidene fluoride (PVDF) and 
nylon 66, with polyethylene glycol by trapping ferrous and nickel 
ions via dip-coating and thermal-grafting polymerization. The ions 
were subsequently reduced using NaBH4 to create core–shell Fe/
Ni NPs uniformly distributed over the membrane surface. The two 
membranes reduced 100% of TCE within 25 min, and the composite 
maintained a high reactivity after 10 days, during which 16 cycles of 
TCE injection occurred.
	 Although these example studies were shown to be conceptually 
successful within a laboratory under synthetic conditions, there 
are some limitations that need to be addressed. One disadvantage 
of membrane nanocomposites is that they can often only tolerate 
a slow flow rate (less than 1 L/min), to allow sufficient residence 
time for remediation reactions to occur, and low water pressure, 
to prevent the rupture of the membrane structure and the 
environmental release of NPs. Furthermore, to be suitable for 
real-world applications, there is still the hurdle of up-scaling and 
coping with complex environmental water chemistry. In the studies 
above, tests were performed in pure Milli-Q, which is not a realistic 
representation of a real-world water system. Detailed tests analyzing 
the effect of composite ageing (corrosion, dissolution, degradation, 
etc.) and clogging in real and complex environmental water samples 
are needed to address this limitation.

2.2.1.2 Beads

Bulk nanocomposites can also be in the form of micro-/macroscale 
beads or particulates. Beads may be utilized in static treatment 
systems such as filter columns (operated in a manner akin to ion 
exchange columns) and permeable reactive barriers. The key 
advantage of these spherical nanocomposites is that they can be 
transplanted into existing technology and infrastructure, providing 
few barriers to operational uptake. Noubactep [27] has demonstrated 
the effectiveness of introducing iron into commonplace sand filter 
column systems. In this way, the performance is significantly 
improved, and the filter column naturally clogs when no reactive 
iron is left due to the generation of voluminous corrosion products 
from iron oxidation.
	 Commonly in nanocomposite beads, the NPs are incorporated 
into spherical polymer structures and resins, such as chelating 
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resins [28] and ion exchange resins [29]; a popular example in the 
literature is the biopolymer alginate [30]. Bezbaruah et al. studied 
the entrapment of nZVI within calcium (Ca)-alginate beads [31]. 
The beads were approximately 5 mm in size (Fig. 2.2) and contained 
NPs with an average size of 35 nm and a range of 10–100 nm. The 
performance of these beads was proved to be as effective as “free” 
nZVI for the removal of nitrate (20–100 mg/L) [32], TCE (1–40 
mg/L) [33], and As5+ (1–10 mg/L) [34]. Alongside this work, Kim 
et al. (2010) [35] developed another nZVI-alginate bead composite, 
with nZVI created in situ by reducing previously emplaced ferrous 
ions within the beads. These beads proved effective at removing 
99.8% of TCE within 4 h from a synthetic solution.

Figure 2.2 (a) Photograph and (b) SEM image of an alginate bead containing 
nZVI; (c, d) SEM images of cross-sectioned bead. Reprinted from Ref. [31], 
Copyright 2009, with permission from Elsevier.

	 As another alternative material, ion exchange resins are also very 
much used for nanocomposite beads [29]. One particular example 
reached commercial availability in 2004 [34] under the name of 
ArsenXnp. Since 1997, American and Indian researchers have been 
working on units to remove arsenic from water in West Bengal, 
India. Initially, activated alumina was the employed adsorbent 
material, but to improve the performance, ArsenXnp was introduced 
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alongside. The ArsenXnp beads (diameter 300–1200 μm) contained 
hydrated ferric oxide NPs within a macroporous anion exchange 
resin [36] designed to have a high selectivity for sorption of arsenic 
oxyanions. Besides the remediation properties of the material, the 
success of the product was also due to its sustainability. The unit 
(Fig. 2.3) is attached to hand-pump driven wells, is gravity fed, and 
requires no electricity or pH adjustment. After more than 20,000 
bed volumes, when an arsenic breakthrough of 50 μg/L occurs, the 
product is taken to a central regeneration facility and all waste is 
removed and safely stored.

Figure 2.3 Schematic detail of construction and operation of a split column 
unit used in the field. Reprinted from Ref. [34], Copyright 2007, with permission 
from Elsevier.

	 However, ArsenXnp is a bead nanocomposite and it actually suffers 
from limitations. Although an advantage of using such materials in 
static treatment systems is that the flow rates may be modified by 
changing the size and packing density of the beads, water must flow 
through channels between beads, which generates a high back-flow 
resistance. Furthermore, these products tend to contain a significant 
mass of wasted reactive material within their volume, which has 
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not reacted with the water as it is physically entrapped within the 
structure of the bead and is, therefore, not exposed to the polluted 
water.

2.2.1.3 Porous 3D structures: The way forward?

The third and final solution is the incorporation of NPs into 3D porous, 
continuous, bulk structures. In theory, the continuous structure 
results in limited unreactive volumes, and the large structure can 
be applied to previously established infrastructure such as column 
filters and permeable reactive barriers. Furthermore, higher flow 
rates should also be facilitated as the composite maintains the 
mechanical properties of the parent support. Despite these logical 
advantages, however, there is relatively little literature covering this 
topic, especially when compared with the vast array for membrane 
and bead nanocomposites. Among the few examples available, 
support materials include polymers [37], graphene [38], carbon 
glass [39], and chitosan [23].
	 In 2011, Savina et al. [40] developed a macroporous polymer 
containing iron oxide NPs (α-Fe2O3 and Fe3O4), prepared via a simple 
cryopolymerization process (Fig. 2.4). The flow rate (measured at 
constant hydrostatic pressure of approximately 0.1 bar) was 2.29 ± 
0.34 and 2.78 ± 0.33 (× 10−3) m/s for the gels containing α-Fe2O3 and 
Fe3O4, respectively, when packed in a glass column, flow rates close 
to those of gels containing no NPs. This is significantly better than 
the recommended flow rate for the commercially available ArsenXnp 
beads (described above) [41]. However, the gels did not perform as 
well as “free” NPs for As3+ removal tests, attributable to the NPs being 
embedded in the wall of the gel and, therefore, being less accessible 
for the contaminant solution. This result suggests that the reactivity 
would be improved if the NPs were only on the surface of the parent 
support and not embedded within it.
	 Investigating the up-scaling of the synthesis process, Savina et al. 
(2016) [42] created hydrogels of 100–500 mL (compared with 1–10 
mL). When using the original method (described above) for larger 
volumes, it is difficult to control the ice nucleation, freezing kinetics, 
and crystal formation, resulting in poor control of the morphology 
and porosity of the gels. Furthermore, the inclusion of the high-
density NPs within a large volume of low-density precursor solution 
results in particle separation, causing uneven distribution or failure 



25

of the composite structure. To solve this problem, a pre-freezing 
step was introduced. The resulting composite not only contained an 
even distribution of NPs and a smaller range of pore sizes, but also 
demonstrated dual porosity and, therefore, increased surface area. 
As well as the large macropores (20–200 μm) seen in the original 
method, there were smaller pores within the polymer walls caused 
by phase separation of the polymer formed in the non-frozen liquid 
stage. However, the material still contains entrapped NPs that are 
unable to react with contaminant solutions. A provisional As3+ 
removal test, however, shows performance improvement compared 
to the original method [42], perhaps due to the added dual porosity.

Figure 2.4 SEM of macroporous polymer containing iron oxide NPs. Adapted 
from Ref. [40], copyright 2016 Macmillan Publishers Limited, part of Springer 
Nature. 

	 Another excellent continuous example is by Sankar et al. (2013) 
[43], who developed a filter system where NPs are embedded 
within a nanocrystalline metal oxyhydroxide–chitosan structure, 
demonstrating how the composite can be easily tailored to the 
target contaminant by simply altering the composition. For example, 
silver NPs within an AlOOH–chitosan nanostructure removed 
bacteria and viruses, while composites incorporating magnesium 
oxide NPs within the AlOOH–chitosan nanostructure targeted heavy 
metals and an FeOOH–chitosan structure was demonstrated for 
arsenic removal. Furthermore, Sankar et al. developed a point-of-
use filter system to incorporate their nanocomposite, which was a 
great demonstration of how such continuous porous structures can 
be easily incorporated into simple systems. When containing the 
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antibacterial composite, the filter demonstrated outstanding results, 
cleansing 1500 L of water with a bacterial load of 105 CFU mL before 
needing to be replaced or reactivated. Assuming consumption of 10 
L per day for a family, 120 g of composite was estimated to provide 
safe drinking water for a year at a cost of only US$ 2. Whether a 
similar performance is seen for other nanomaterial compositions 
(such as nZVI) is yet to be seen.
	 The added benefit of such a filtration system is that other 
nanocomposites could be placed within the multilayer axial block 
to set up a treatment train. This is an ideal example of a setup for 
performance comparison tests between different continuous 
composite materials.
	 More recent work, performed by a group of the Bristol University 
[39, 44, 45], produced a nanocomposite via the electrodeposition of 
nZVI onto carbon bulk substrates. The work demonstrated that by 
having an electrolyte containing both iron chloride (FeCl3) and nZVI, 
a nanostructured layer containing both quasi-spherical and cubic 
features could be produced on the carbon surface, as shown in Fig. 
2.5. Between these features, an ultrathin layer of homogeneous iron 
was identified. The cubic features were shown to be metallic iron 
crystals that had grown where single nZVI acted as nucleation sites 
for heterogeneous crystal growth.

Quasi-spherical aggregates

Iron cubic crystals Glassy carbon

Figure 2.5 SEM and schematic diagram highlighting the cubic and spherical 
features deposited on the RVCF surface.

	 The quasi-spherical features were either aggregates of nZVI or the 
result of disordered crystal growth around a polycrystalline NP core 
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that has lost its oxide shell. It was also found that the size, shape, and 
number density of the nanostructured features significantly altered 
with deposition time, repetition, and sonication. The resulting 
nanocomposite has been shown to be effective for the treatment of 
BTEX (at rates competitive with more traditional adsorptive agents) 
[39, 44] and uranium [39]. This method is particularly useful as 
any adsorbed contaminants post-treatment could be reclaimed via 
reverse electroplating.
	 Unlike membranes and beads, continuous porous 
nanocomposites can be applied to a wider range of remediation 
applications. For example, some have been developed to remove oil 
from water. In order to clean up oil spills in large volumes of water, 
ideally a material with superhydrophobicity and superoleophilicity is 
required. Calcagnile et al. (2012) [37] developed a “white graphene” 
foam that could selectively adsorb oil from the surface of water, 
using commercial polyurethane foams that were functionalized 
with submicrometer polytetrafluroethylene (PTFE) particles and 
superparamagnetic iron oxide NPs via triboelectric charging and 
deposition, respectively. Resultantly, the overall synthesis process 
was both simple and cheap. The resulting composite effectively 
removed the oil and, because of the magnetic properties of the NPs, 
could then be removed using a magnetic field.
	 Graphene is another interesting structure material. It is an 
engineered material comprising sp2-hybridized carbon atoms and 
formed with only one atom thickness. As large-scale production of 
graphene is still challenging [46], most hybrid composites begin 
with graphene oxide (GO), which is readily available from natural 
graphite. GO is ideal for iron compounds that have been shown to 
crosslink with oxygen groups on activated carbon surfaces. This is 
because on the surface of GO, there are multiple oxygen-containing 
groups, such as alcohols, ketones, and carboxyl groups. Using 
graphene, Cong et al. (2012) [38] produced a graphene/iron oxide 
NP hydrogel (Fig. 2.6). GO sheets were reduced by ferrous ions, 
inducing the self-assembly of a graphene hydrogel containing either 
α-FeOOH nanorods or magnetic Fe3O4 NPs. The resulting structure 
contained interconnecting networks and displayed significant 
adsorption of oils and heavy metal ions.
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Figure 2.6 A photo displaying the visual self-assembly of a graphene/iron 
oxide hydrogel. Reprinted with permission from Ref. [38]. Copyright 2012 
American Chemical Society.

	 Although theoretically superior to other nanocomposite 
structures, few consumer products have been developed using this 
material; this, combined with a lack of scientific literature in this 
area, indicates that this technology is far from being commercially 
ready. This may be due to prohibitive manufacturing costs, but there 
are practical limitations that any water filter will need to overcome, 
such as balancing reactivity, flow rate, and structural integrity [40].

2.2.1.4 What is holding back static nanocomposites?

As very well known, there is a high variety of water remediation 
technologies, including adsorbents, flocculants and coagulants, ion 
exchange resins, and size-exclusion filters. As the treated water 
is often used for drinking, there are multiple stringent regulatory 
requirements that these technologies must fulfill to achieve 
commercial maturity.
	 In the US, the quality of drinking water is protected under the 
Safe Drinking Water Act of 1974 [47] and is regulated by the United 
States Environmental Protection Agency, the Office of Ground Water 
and Drinking Water, and other organizations at the local level. 
Also, NSF International, a third-party organization, often plays an 
important role by certifying all products that come into contact with 
drinking water, including water filters, chemical treatments, and 
plumbing [48]. In order to gain certification, the claims made about 
the performance of a filter must be understood and proved to be 
realistic. Furthermore, the NSF Joint Committee on Drinking Water 
Treatment Units has developed various key standards for evaluation 
and certification, which must be passed depending on the claims 
[49].
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	 Meanwhile, within the UK, these regulations are outlined and 
maintained by a combination of authorities: the Drinking Water 
Inspectorate (the drinking quality regulator for England and Wales) 
and the Drinking Water Quality Regulator for Scotland, the Health 
Protection Agency (Department of Health), the Department for 
Regional Development, the Department for Environment, Food 
and Rural Affairs (DEFRA), as well as local authorities and water 
suppliers [50]. The remediation technologies, alongside with the 
materials used for storage or transport of water, are judged for 
suitability on the basis of the demonstrable impact they have on 
the water quality from the point of view of consumption, i.e., if 
the resulting water suitable for human consumption, etc. The UK 
Drinking Water Inspectorate releases an annual report detailing 
which products have fulfilled these conditions and are approved 
for use in public water supply [51]. This list is purely based on the 
safety of the drinking water and does not assess the technologies or 
materials for fitness of purpose.
	 In all cases, the cost of regulatory testing for filter products to be 
used for drinking water is costly (ranging from US$ 20,000 to US$ 
50,000 and above in the US) and likely to be prohibitive for individual 
academics or even universities to take forward. Correspondingly, 
the pathway from a promising prototype nanocomposite to 
achieve up-scaling and authorization as a market product is likely 
to be protracted and challenging, requiring one or more rounds of 
investment.
	 Furthermore, nanocomposites pose an additional problem. 
Mobile nanocomposites are still under scrutiny regarding long-
term toxicity in the environment and on human health. They are, 
therefore, severely limited in commercial applications currently. 
Meanwhile, the more promising bulk nanocomposites would need 
further testing procedures to confirm that no potentially harmful 
NPs are being released into the drinking water. This may further 
increase the cost of regulatory testing, but this is in line with 
recommendations outlined in the Royal Society report “Nanoscience 
and nanotechnologies: Opportunities and Uncertainties” [18].
	 Furthermore, to be commercially viable, research will need to 
be pursued to ensure the arising technology is as sustainable as 
possible. Ideally, to maximize green credentials, the nanocomposites 
should be recyclable, with relatively simple methods available to 
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remove adsorbed contaminants and exhausted NPs and then reuse 
the substrates. From the resulting NP-contaminant mix, desirable 
metals could then be harvested for further use, therefore providing 
an economic return, and the residual waste material would need to 
be suitably disposed of. Currently, many organizations using NPs 
follow the traditional chemical safety procedures for “hazardous 
materials” throughout the NP life cycle [52]. Although this is a good 
basis for safely handling and disposing of nanomaterials, it would be 
unsurprising if more specific regulations are drawn up in the future 
to account for new findings that arise regarding their toxicology. In 
doing so, it is ensured that nanocomposites are environmentally 
friendly throughout their life cycle.
	 Finally, a key problem, highlighted within this chapter, as the new 
materials and methods are being researched by academic groups, 
is that there are neither standard testing procedures, nor set of 
standardized test pollutants for laboratory experiments, nor size 
requirements for the overall volume of reactive material. Laboratory 
tests also often overestimate the performance of the product by 
testing simplistic water systems [5]. This leaves the comparison 
of efficacy very difficult and is currently unsatisfactory for bodies 
investing in further R&D in this area because it is unclear which is 
the best product.

2.3 Conclusions and Perspectives

The above review has examined the current state of play for research 
into nanocomposites for water treatment, and it is evident that this 
field of research is rapidly developing. Possible applications vary 
from small-scale uses, such as domestic point-of-use treatment 
systems, to environmental in situ methods akin to permeable 
reactive barriers, and finally to much larger industrial applications, 
including facility-scale batch or flow-through systems. Based on the 
arguments presented here, reactive filter composites that achieve the 
greatest future commercial success will likely display the following 
properties:

	 ∑	 Continuous bulk structure to avoid the disadvantages of “free” 
particles and to ensure that surface area and reactivity are 
maximized.
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	 ∑	 Strong NP adhesion to ensure that no NPs are released into 
the wider environment.

	 ∑	 Sound mechanical properties of the parent structure to allow 
for optimal flow rates.

	 ∑	 High internal surface area to maximize reactivity.
	 ∑	 Ability to remove a large range of contaminants.
	 ∑	 Rechargeable/recyclable for sustainability with recovery of 

contaminants (metals, etc.) to convert waste to a potentially 
valuable commodity for economic gain.

	 ∑	 Low production cost to ensure widespread application is 
realistic.

	 To date, no “magic bullet” nanocomposite for water treatment 
has emerged commercially. However, given the present speed of 
technological development and market uptake, the future looks 
extremely promising for nanocomposites, not only for water 
treatment, but for many other important global industries.
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3.1 Introduction

As an advent of population growth and climate change, more than 
half of the extracted groundwater is used for covering domestic 
needs, whereas globally 25–40% is used as drinking water, 
indicating that the demand for clean groundwater has already grown 
dramatically and it is bound to grow even further. Groundwater 
can be contaminated either by geogenic or by anthropogenic 
sources, rendering it unusable unless it is effectively remediated. 
Geogenic groundwater contamination is exclusively related to the 
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geochemical background that feeds groundwater with heavy metals 
at concentrations, sometimes capable of posing significant adverse 
effects on humans and ecosystems. Anthropogenic contamination 
includes the presence of heavy metals (arsenic, chromium, cadmium, 
cobalt, manganese, zinc, copper, mercury, etc.) and/or organic 
compounds (volatile organic compounds, petroleum hydrocarbons, 
dyes and pigments, insecticides and herbicides, pharmaceutical 
compounds, organohalides, etc.) in groundwater as a result of waste 
generation and neglectful disposal [1]. The first indication of the 
origin of contamination is the level of contamination since in the 
case of anthropogenic pollution, the concentrations detected can 
be several orders of magnitude higher than those of geogenic origin 
[2]. Groundwater and soil contamination are strictly related, and as 
a consequence, methods employed for soil decontamination would 
indirectly affect groundwater and vice versa [3].
	 Soil and groundwater remediation technologies are typically 
classified into (a) in situ technologies or (b) ex situ technologies, 
based on whether contaminated soil or groundwater is treated 
in place or after removal, respectively. The most common in situ 
method is the installation of permeable reactive barriers (PRBs). 
PRBs are treatment zones consisting of the selected material for the 
decontamination, installed vertically in the flow path of a contaminated 
plume [4]. Ex situ remediation mainly includes different variations 
of the “pump and treat” method, where groundwater is extracted 
from the aquifer to the surface and is subsequently treated using 
conventional removal and/or filtration decontamination methods. 
Conventional removal methods are based on either photocatalytic 
processes, especially for degradation of organic compounds, or 
on chemical precipitation (hydrolysis) and coagulation processes, 
for removal of heavy metals. However, these processes generate 
large amounts of sludge that requires further treatment and are 
thus considered mostly ineffective, especially for the treatment of 
large quantities of dilute aqueous streams such as groundwater. 
Filtration techniques are processes that gained significant attention 
in recent years, but they are plagued by significant disadvantages. 
The very low sorptive capacity, the fact that some processes usually 
include precipitation as an intermediate step, and the very high 
cost are some characteristics that render them as non-desirable 
technologies in removing toxic trace elements from groundwater. 
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The combination of targeted adsorption-based processes with the 
previously mentioned filtration techniques (e.g., by coating the filter 
sand with nanoscale iron oxides or hydroxides) has thus emerged 
as a viable and promising alternative for enhancing the efficiency of 
“pump and treat” methods, thus making them both technologically 
and economically effective [1].
	 Adsorption is a well-known and effective separation process 
where a substance (adsorbate) that exists in the liquid phase 
attaches (adsorbs) on the surface or in the internal pores of another 
substance (adsorbent) that exists in the solid phase, via physical and/
or chemical interactions. Adsorption processes are being applied 
globally in the sector of environmental protection and restoration 
due to their ability to concentrate several contaminants such as heavy 
metals and organics on the surface of the solid phase, thus providing 
with clean, decontaminated water. In the field of groundwater 
decontamination, sorption techniques include adsorption and ion 
exchange processes [5]. Specifically, the adsorption-based process 
is considered a superior technique in terms of cost, flexibility, and 
simplicity of design/operation and insensitivity to toxic pollutants, 
producing a high-quality effluent without the additional formation 
of any harmful substances [6]. However, conventional low-cost 
materials used as adsorbents are characterized by limited efficiency, 
especially for removing trace quantities of pollutants that, in 
combination with the increasingly stringent groundwater quality 
standards, may fail to provide the ultimate solution to the water 
treatment problem.
	 In an attempt to overcome the aforementioned limitations, the use 
of nanomaterials in adsorption-based environmental remediation 
has recently emerged as a viable alternative and is closely being 
examined with respect to both the associated benefits and resulting 
impacts. Consequently, funding for nanotechnology research has 
expanded rapidly around the world over the last decade, with global 
public investment reaching $8.4 billion and a private financing of 
$8.6 billion in 2008 [7]. Apart from the efficiency for removal of 
contaminants, the main target of adsorption-based nanotechnology 
is the development of low-cost and environmentally friendly 
adsorbent nanomaterials able to be regenerated and reused. A high 
proportion of efficient and cost-effective groundwater remediation 
methods now rely on using nanotechnology adsorbent products 
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with a predominant use of iron nanoparticles [8]. Overall, research 
has shown that nanoscale iron oxides and nanozerovalent iron 
(nZVI) are very promising materials for the effective remediation 
of a wide range of groundwater pollutants. Moreover, iron oxide 
nanoparticles occur naturally in the earth’s crust by various 
environmental sources such as volcanoes and fires, while nZVI is 
more rarely found in the geoenvironment, since it only occurs under 
specific geological conditions. The contaminant removal efficiency 
of these iron forms and their natural occurrence, combined with 
their easy synthesis in large scale, are important factors that led to 
their preferred application in contaminated groundwater sites with 
almost negligible risks of secondary contamination [9, 10]. This 
chapter aims to elucidate the adsorption efficiency and mechanisms 
of some of the most common nanoscale iron oxides such as magnetite 
(Fe3O4), maghemite (γ-Fe2O3), hematite (α-Fe2O3), goethite 
(α-FeOOH), various spinel ferrites (M2+Fe2

3+O4), and of nZVI toward 
some common groundwater pollutants. In parallel, the relative 
significance of the natural occurrence of iron oxides in aquifers will 
also be revealed.

3.2 Adsorption of Pollutants on Nanoscale Iron 
Oxides

The application of iron oxide nanomaterials as adsorbents for several 
contaminants has received much attention due to their unique 
properties, compared to their bulk form, such as (i) the infinitely 
small size, (ii) the high surface-area-to-volume ratio, (iii) the surface 
modifiability, (iv) the excellent magnetic properties, since particles 
with diameter size between 2 and 20 nm and high surface area 
are uniquely super-paramagnetic, (v) the great biocompatibility, 
(vi) the ease of separation using an external magnetic field, (vii) 
reusability after removal of the adsorbed toxic contaminants, and 
(viii) low production cost compared with other nanomaterials [11]. 
These properties make iron nanoparticles excellent adsorbents for 
various pollutants such as heavy metals and organic compounds. 
The adsorption of pollutants onto iron oxide surfaces can be mainly 
attributed to two different mechanisms:
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	 ∑	 van der Waals interactions with the oxide surface 
(physisorption) or chemical reactions with the functional 
groups (chemisorption)

	 ∑	 ion exchange of pollutant ions in aqueous solution with iron 
ions in the iron oxide lattice structure

3.2.1 Magnetite (Fe3O4)

Bulk Fe3O4 is an ubiquitous magnetic iron oxide that occurs in the 
lithosphere, pedosphere, and biosphere and usually contains both 
ferrous and ferric (Fe(II) and Fe(III)) iron species; its general type is 
Fe(II)Fe(III)2O4 [12]. The crystal structure of Fe3O4 follows an inverse 
spinel structure where octahedral and tetrahedral/octahedral layers 
are being alternated. Fe3O4 nanoparticles exhibit amphoteric surface 
activity, high dispersibility, and high metal adsorption capacity, and 
they can be easily separated by using an external magnetic field, 
making their regeneration and subsequent reuse much easier [13].
	 Fe3O4 has been extensively studied as a heavy metal adsorbent 
for both oxyanionic and cationic forms. Cr and As are common 
metals widely found in groundwater due to geogenic contamination, 
resulting from the oxidation of naturally occurring Cr(III) in certain 
geologic formations such as ultramafic rocks [14], and due to its 
release through rock weathering and volcanism [15], respectively. 
In the geoenvironment, Cr occurs either in its highly soluble 
hexavalent (Cr(VI)) or in the insoluble trivalent (Cr(III)) form. X-ray 
photoelectron spectroscopy (XPS) and X-ray absorption near edge 
structure (XANES) analysis have shown that Cr(VI) adsorption is 
a strongly pH-dependent process with adsorption capacity being 
maximized at pH values lower than the point of zero charge (PZC) 
of Fe3O4 (pHPZC = 6.5). Cr(VI) adsorption is based on electrostatic 
attractions between the Cr(VI) anions (chromates) and the positively 
charged surface. However, at alkaline pH values, where electrostatic 
repulsions between chromates and surface occur, ion exchange is 
the predominant mechanism since chromates replace the hydroxyl 
groups due to their higher affinity with the iron surface [16]. With 
regard to As, it occurs in the geoenvironment in two oxidation states: 
arsenite (As(III)) and arsenate (As(V)). Several studies have shown 
that As(V) adsorption on Fe3O4 is strongly affected by the solution pH, 
and the mechanism is based on inner-sphere surface complexation 
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(Lewis acid–base interactions), where the iron of Fe3O4 acts as the 
electron-pair acceptor and As(V) as the donor of oxygen [17]. In 
addition, the results suggested that after the complexation on the 
Fe3O4 surface, As(V) is progressively incorporated in the structure 
of the nanoparticles as the As(V) concentration increases [18]. 
Similar to As(V), As(III) binding is attributed to the formation of an 
inner-sphere complex, exhibiting a tridentate bonding geometry 
[19]. Overall, Cr(VI) and As adsorption is favored at pH lower than 7. 
For higher groundwater pH values, Fe3O4 may not be the preferred 
adsorbent.
	 Several studies have investigated the adsorption of divalent 
metal cations such as lead (Pb(II)) [13, 20, 21], copper (Cu(II)) [13, 
20, 21], zinc (Zn(II)) [13, 21], cadmium (Cd(II)) [20, 21], mercury 
(Hg(II)) [20], nickel (Ni(II)) [21], and manganese (Mn(II)) [13] on 
Fe3O4. All these studies reported that the adsorption of these metal 
cations is mainly a function of pH, with the maximum adsorption 
capacity observed usually at pH about 7–8. FTIR, XPS, and zeta 
potential analyses showed that the main adsorption mechanism is 
the occurrence of electrostatic interactions, since with decreasing 
pH, and for pH values lower than the pHPZC, adsorption efficiency 
decreases. This phenomenon can be attributed to: (a) the increase 
in proton concentration with decreasing pH, inhibiting the 
sorption of the metal cations, and (b) the decrease in the negative 
surface charge of Fe3O4 at acidic conditions. In addition, it must be 
mentioned that for pH values higher than 6, the precipitation of the 
metals as hydroxides plays an important role in their removal [13, 
20, 21]. Moreover, electronegativity is an important factor affecting 
the adsorption efficiency, since different ways of attraction take 
place between the cations and the adsorption sites, depending on 
the metal hydrated ionic radii (e.g., Pb(II) > Cu(II) > Zn(II) > Mn(II)) 
[13]. Overall, the Fe3O4-based removal of cationic heavy metals can 
be satisfactory for the full pH range of groundwater (pH 6–8.5).
	 Several organic compounds that are usually detected in 
groundwater have been tested for their adsorption affinity with 
Fe3O4 surfaces, for example, cis-dichloro-diamine-platinum [22] and 
pentachlorophenol (PCP) [23]. Especially for PCP, the surface of Fe3O4 
is used as a heterogeneous catalyst, at neutral pH, for undergoing 
a Fenton-like oxidation. The process was controlled by surface 
reactions, and the species compete each other for adsorption on the 
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surface active sites [23]. Polycyclic aromatic hydrocarbons (PAHs), 
another category of hydrophobic and persistent organic compounds, 
are composed of at least two condensed aromatic rings; the simplest 
PAHs are naphthalene, anthracene, and phenanthrene. In these 
cases, bare Fe3O4 has been proved as an insufficient adsorbent (5% 
adsorption) for such compounds [24]. Dyes and pigments are another 
category of organic compounds used, mostly in the textiles, paper, 
plastics, leather, food, and cosmetic industry to color products, and 
most of them are considered mutagenic and carcinogenic. Several 
studies have reported the adsorption efficiency of Fe3O4 toward 
organic dyes such as the reactive red 120, 4-(2-pyridylazo) resorcinol 
and a neutral red dye proving simultaneously that the adsorption 
mechanism is based on ionic adsorption and electrostatic attraction 
between the positively charged dye molecules and the hydroxyl 
groups of the Fe3O4 surface at neutral pH [25–28]. A different 
mechanism, this of intraparticle diffusion, is proposed for dyes that 
contain hydroxyl groups in their structure (eriochrome black-T, 
bromophenol blue, bromocresol green, and fluorescein), without 
excluding the contribution of surface adsorption [28]. Finally, the 
most abundant organic factor in aquatic systems on earth, natural 
or dissolved organic matter (NOM or DOM), is thought to contribute 
toward water contamination, but also to possess a crucial role for 
the migration of several organic pollutants [29]. NOM constitutes a 
diverse group of hydrophobic and hydrophilic organic compounds, 
and in groundwater, it is present at concentrations ranging from 
0.5 up to 10 mg/L as organic carbon. The interactions between 
metal oxides and aquatic/soil organic matter are important in 
environmental monitoring and remediation since, to some extent, 
soil minerals are coated with organic matter. Depending on their 
chemistry, these coatings can modify entirely or partially the 
mineral (hydr)oxide surface affecting its properties and reactivity 
and enhancing the stability of the nanomaterials by preventing 
oxidation [27, 30]. The adsorption of organic matter is found to be 
a pH-dependent process since, with decreasing pH, the adsorption 
efficiency was significantly increased. FTIR analysis showed that the 
adsorption mechanism is based on electrostatic attractions between 
the positively charged surface and the negatively charged humic acid 
(HA) molecules. At alkaline pH values, the ligand-exchange reaction 
between the functional groups of HA and the active surface sites is 
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considered to be the dominant mechanism [31]. The efficiency of 
HA-Fe3O4 particles on Rhodamine B adsorption was attributed to 
the attractions of the positively charged dye and the negative charge 
of HA [27].

3.2.2 Maghemite (γ-Fe2O3)

γ-Fe2O3 is a weathering product of Fe3O4 since, in ambient atmosphere, 
Fe3O4 gradually oxidizes to γ-Fe2O3. It is the ferrimagnetic cubic form 
of Fe(III) oxide and differs from the Fe3O4 inverse spinel structure by 
vacancies on the cation sublattice. However, it exhibits a crystalline 
structure similar to Fe3O4, and the same chemical composition as 
α-Fe2O3, being a metastable phase between Fe3O4 and α-Fe2O3 [9, 32, 
33].
	 Cr(VI) adsorption on γ-Fe2O3 has been extensively studied and 
is generally accepted as a strongly pH-dependent process with 
adsorption capacity being maximized at pH values about 3–4 [16, 
34, 35]. For pH values lower than the PZC of γ-Fe2O3 (pHPZC ~ 6.3), 
the surface of γ-Fe2O3 is positively charged due to the presence of 
protons in the solution, and Cr(VI) exists predominantly as chromates 
and hydrogen chromates. At these acidic conditions, attractive 
electrostatic interactions between the Cr(VI) anionic species and the 
positively charged surface control the adsorption process. Increasing 
the pH above the PZC, the surface becomes negatively charged, and 
Cr(VI) exists mainly as fully dissociated chromate anion. Under these 
conditions, electrostatic repulsions occur and adsorption decreases 
with increasing pH. However, even at alkaline pH values (higher 
than 8), the adsorption phenomena are not eliminated due to the 
electrostatic repulsions and, as confirmed by Raman spectroscopy, 
the ion exchange between chromates and the hydroxyl groups of 
the surface takes place. Since Cr(VI) adsorption on γ-Fe2O3 is of 
electrostatic nature, the low pHPZC compared with the groundwater 
pH (about 7–8) is a restrictive factor for Cr(VI) adsorption. In 
addition, the adsorption efficiency of γ-Fe2O3 toward cationic metals 
such as Pb(II) [36], Cu(II) [34–36], Zn(II) [35], Cd(II) [36], Ni(II) [34], 
and Hg(II) [37] has been reported, with the process described as 
fast, highly selective, and pH dependent. Adsorption efficiency was 
maximized at pH values in the range 6.5–8.5, indicating that γ-Fe2O3 
could act as an effective adsorbent for these cations. XPS and TEM 
analyses showed that the adsorption mechanism is not the same for 
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all cations. Cu(II) adsorption is due to electrostatic attraction and 
ion exchange, while, in the case of Ni(II), adsorption is based only on 
electrostatic attraction. Another parameter affecting the adsorption 
efficiency of divalent cations is electronegativity, with the most 
electronegative metals tending to form stronger covalent bonds 
with oxygen atoms of the solid surface, for example, Pb(II) > Cu(II) > 
Cd(II) [36].
	 The adsorption efficiency of bare γ-Fe2O3 nanoparticles toward 
organic compounds has been scarcely reported. Organic dyes such 
as the Congo red and the anionic titan yellow have been tested for 
their adsorption affinity for γ-Fe2O3, with the results showing that 
this iron oxide can be used as an effective adsorbent of these dyes 
at acidic or slightly acidic conditions [6, 38]. As the pH of the dye 
solution increased, a proportional decrease in adsorption took place 
probably due to the successive deprotonation of hydroxyl groups 
on the adsorbent and the occurrence of electrostatic repulsion 
between the negatively charged sites of γ-Fe2O3 and the dye anions. 
In addition, competition between the hydroxyls and the dye anions 
for the positively charged adsorption sites possibly exists. The 
application of diffuse reflectance Fourier transform spectroscopy 
showed that trimethyl phosphate (TMP) bonds mainly to Lewis acid 
Fe sites through the O phosphoryl atom on γ-Fe2O3. The hydrogen 
bonding is not excluded as a bonding mechanism. After the initial 
adsorption, a surface oxidation pathway dominates, which results in 
the formation of surface methoxy and formate [33].

3.2.3 Hematite (α-Fe2O3)

α-Fe2O3 is a red iron oxide that is widespread in soils and rocks. 
α-Fe2O3 is often the end product in the transformation of other iron 
oxides due to its thermodynamic stability [33]. Under environmental 
conditions, γ-Fe2O3 turns into α-Fe2O3 crystalline structure. In 
contrast to Fe3O4 and γ-Fe2O3, α-Fe2O3 exhibits a rhombohedral 
structure where oxygen ions are hexagonally close packed, and 
iron is situated only in octahedral sites. The unique properties of 
nano α-Fe2O3 are mostly associated with the oxidation state and its 
coordination geometry [32].
	 Since α-Fe2O3 is considered a raw source of iron, it has been 
extensively studied as a material for water treatment. α-Fe2O3 
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nanoparticles have been efficiently used as adsorbents for Cr(VI). 
Despite the adsorption capacity being maximized at acidic 
conditions, the adsorption capacity of α-Fe2O3 remains significant 
even at alkaline conditions, most likely due to its high PZC point 
(pHPZC ~ 7.5–9). The adsorption mechanism is predominantly the 
formation of inner-sphere complexes with the solid surface since 
desorption experiments showed that Cr(VI) is not easily desorbed 
in the aqueous phase; without excluding the presence of outer-
sphere complexes since experimental data showed that adsorption 
is affected by the ionic strength of the solution [39]. Thus, it can be 
concluded that α-Fe2O3 can be used as an efficient adsorbent for 
metal anions even at alkaline pH values. The significant adsorption 
capacity of α-Fe2O3 toward other metals such as As(III), Cd(II), Co(II), 
Cu(II), and Ni(II), even at conditions that occur in groundwater, has 
also been reported. In all cases, the adsorption mechanism is based 
on electrostatic interactions between the α-Fe2O3 surface and metal 
ions [40, 41].
	 As in the case of γ-Fe2O3, only a few studies have reported the 
adsorption of organic compounds on α-Fe2O3. The adsorption 
mechanism of TMP and asphaltene on α-Fe2O3 nanoparticles 
is similar to that described in the case of using γ-Fe2O3 as the 
adsorbent (Section 3.2.2) [33, 42]. Similar results were observed 
for the pharmaceutical compound salicylic acid, the metabolite of 
aspirin, since its adsorption affinity was optimized under very acidic 
conditions and was significantly decreased at alkaline pH values 
[43]. On the contrary, the application of α-Fe2O3 as adsorbent for 
Congo red showed a good efficiency even at neutral pH values [6]. 
Finally, the adsorption of HA, fulvic acid (FA), and other naturally 
occurring organic substances on α-Fe2O3 can create a natural coating 
able to modify its surface properties and, in combination with the 
high PZC of α-Fe2O3, to enhance the adsorption of other pollutants. 
Adsorption of such substances is proportionally affected by their 
molecular weight, their hydrophobicity, and the aromatic carbon 
content, and inversely proportional to the oxygen/carbon ratio of 
the organic compound. The adsorption mechanism is suggested 
to be based on electrostatic interactions between the negatively 
charged organic matter and the positively charged surface of 
α-Fe2O3 at acidic and slight acidic conditions but, under neutral and 
slightly alkaline conditions, a ligand-exchange mechanism between 
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the carboxylic acid groups on the substances and the hydroxylated 
surface sites on the solids occurs. These observations suggest that, 
in a shallow aquifer, HA from either terrestrial or aquatic sources 
is likely to form organic coatings on mineral surfaces, thus creating 
an important sorbing phase for hydrophobic organic compounds in 
low-carbon substrates, which are typically found in aquifers [30, 44, 
45].

3.2.4 Goethite (α-FeOOH)

α-FeOOH is a yellow-brownish anti-ferromagnetic material. Its 
orthorhombic structure has been confirmed as a hexagonally 
close-packed array of O2− and OH− anions with Fe(III) in the center 
of the octahedral. It is a widespread soil mineral and a major 
component of many ores, sediments, and soils, since it is one of 
the most thermodynamically stable iron oxide resulting from rock 
weathering. α-FeOOH formed as a result of rock weathering is often 
poorly crystalline and rich in defects and impurities, characteristics 
that enhance its surface reactivity and thus its adsorption capacity. 
Moreover, α-FeOOH displays nanometer-sized particles in width 
and several microns in length, either if it is naturally formed or 
laboratory synthesized [46].
	 α-FeOOH adsorption capacity for anions such as As(V) and Cr(VI) 
decreases with increasing pH and is usually maximized at slightly 
acidic conditions. However, the high pHPZC (7.5–9) renders α-FeOOH 
a highly potential adsorbent for metal ions. XAFS analysis showed 
that the adsorption mechanism of As(V) on α-FeOOH is based on the 
formation of a bidentate inner-sphere surface complex, following 
the typical adsorption behavior of oxyanions. Similar results were 
obtained regarding the adsorption of Cr(VI) [47]. Moreover, the 
authors mentioned that the initial concentration of the anion affects 
its binding on the surface, and thus the adsorption mechanism 
may differ in the case of geogenic or anthropogenic pollution. A 
surface complexation reaction was found to be the main adsorption 
mechanism in the case that metal cations are the adsorbates. The 
adsorption of divalent metal cations on α-FeOOH is directly affected 
by the release of a water molecule from the hydration sphere of 
the divalent metal cation [10]. This leads to the formation of an 
inner-sphere surface complex, which means that the cation is 
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directly, specifically, and strongly bound on the solid surface [47]. 
Interestingly, a significant adsorption capacity is determined for 
neutral pH values that usually exist in groundwater (pH 6–8.5), thus 
indicating the major role of α-FeOOH in aquifers [48].
	 Regarding the adsorption of organic compounds, despite 
the fact that several organic compounds have been tested for 
their affinity with α-FeOOH surfaces, only some of them have 
shown significant adsorption affinity. Antibiotics and generally 
pharmaceutical compounds are some of the most persistent organic 
compounds in aquatic systems. The adsorption mechanism of 
tylosin and sulfamethazine is rather complicated and may consist of 
multiple consecutive steps like diffusion on external surfaces, then 
intraparticle diffusion or pore diffusion, and finally, sorption on the 
surface interior, indicating a low mobility in iron-rich aquifers [49]. 
On the contrary, adsorption of the xenobiotic compounds bisphenol 
A, 17α-ethynylestradiol, and estrone on α-FeOOH remained at 
low percentages in the pH range 3–11, indicating that the surface 
charge does not play a significant role in the adsorption and, thus, 
that iron oxides cannot be considered a restrictive factor for their 
distribution and transport in groundwater [50]. PAHs adsorption 
is thought to be affected by the structure/shape of the molecules, 
with linear PAHs (anthracene), exhibiting the strongest sorption. 
The main mechanism is probably the dispersion/polarization 
interactions of the π-electrons of PAHs by surface OH groups and 
the formation of weak hydrogen bonds where the π-system acts as 
a proton acceptor [51]. However, at neutral pH values, anthracene 
adsorption did not exceed 4% [52]. Finally, as already mentioned, 
the adsorption of naturally occurring organic compounds on iron 
oxides can contribute to the alteration of their surface properties, 
enhancing their adsorption affinity toward specific compounds. The 
significant role of HA adsorption on α-FeOOH, as an intermediate 
step for adsorption of pesticides (2-methyl-4-chlorophenoxyacetic 
acid, MCPA) and herbicides (paraquat, PQ2+), was reported by 
Brigante et al. HA adsorption led to the formation of ionic pairs or 
outer-sphere complexes between the negatively charged groups of 
HA and PQ2+, revealing that the natural occurrence of α-FeOOH–
HA in the geoenvironment may act as an adsorbent for cationic 
herbicides, causing their deactivation and reducing their transport 
in groundwater [53].
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3.2.5 Spinel Ferrites (M2+Fe2
3+O4)

Spinel ferrites (SFs) are naturally occurring composites of metal 
oxides containing ferric ions and having the general formula 
M2+Fe2

3+O4, whereas M2+ can be Mg2+, Co2+, Ni2+, Zn2+, Fe2+, Cu2+, 
Mn2+, etc. SFs exhibit unique physicochemical properties and 
have been extensively studied because of their stronger magnetic 
features, higher chemical resistance to oxidation, and larger surface 
area compared with iron oxide nanoparticles. SFs are classified as 
normal (ZnFe2O4, CdFe2O4), inverse (MgFe2O4, NiFe2O4, CoFe2O4, 
CuFe2O4), and mixed (MnFe2O4), depending on the distribution of 
cations in tetrahedral and octahedral sites [5].
	 MnFe2O4 and CoFe2O4 have been extensively studied because 
of their high physical and chemical stability and their excellent 
magnetization, properties that render them good adsorbents for 
various metals such as Cr(VI), As(III), As(V), Pb(II), Cu(II), Se(IV), 
and Se(VI) [54–56]. As(V) or As(III) adsorption on the solid surface 
of both SFs is based on the formation of inner-sphere complexes. 
In addition, the results suggested a partial oxidation of As(III) into 
As(V) onto MnFe2O4 after its adsorption [56]. Regarding adsorption 
of divalent cations such as Pb(II) and Cu(II), FTIR analysis 
revealed that the adsorption mechanism is based on the binding of 
hydroxyl groups to the metal surface [54]. The possible difference 
on adsorption capacity of a specific adsorbate on the surface of 
different ferrites was investigated using the highly mobile and toxic 
metal selenium as adsorbate and MnFe2O4, CuFe2O4, and CoFe2O4 as 
adsorbents. Each SF contains two types of hydroxyl binding sites: 
the M-OH and Fe-OH sites. The M-OH sites, which differ at each SF, 
are able to act by providing adsorption sites directly or indirectly 
by affecting the adsorption of Fe-OH. The adsorption capacity of the 
tested SFs for selenium was, in decreasing order: CuFe2O4 > CoFe2O4 
>> MnFe2O4. Zeta potential, FTIR, and XPS analyses confirmed the 
formation of inner and outer-sphere complexes as the adsorption 
mechanism for Se(IV) and Se(VI) ions, respectively. The affinity of 
Se(IV) and Se(VI) ions for the metal surface strongly depends on 
the amount of hydroxyl groups and the surface charge of each metal 
surface, respectively [55]. Apart from Se, the inverse CuFe2O4 SF was 
extensively studied as an adsorbent for several metals such as As(V), 
As(III), Cd(II), and Mo [55, 57, 58]. As(V) adsorption on CuFe2O4 is 
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a result of electrostatic attractions, and at pH values occurring in 
groundwater, the electrostatic repulsions and the limited binding 
sites on the adsorbent surface almost eliminate the adsorption 
efficiency. On the other hand, the adsorption efficiency for As(III) 
was significantly higher in the pH range 7–8 compared with that of 
As(V), while simultaneous oxidation of As(III) to the less toxic As(V) 
occurred on the CuFe2O4 surface [57]. The electrostatic interactions 
were also expected to be the main mechanism for the adsorption 
of Mo(VI) on CuFe2O4, indicating that, in natural environments, the 
presence of CuFe2O4 cannot act efficiently for Mo adsorption, but it 
can be applied in an ex situ groundwater treatment where the pH 
can be adjusted to the optimized values [58]. Finally, several studies 
have applied different SFs such as NiFe2O4 [59], ZnFe2O4 [60], and 
MgFe2O4 [61], in order to investigate their adsorption efficiency for 
Cr(VI). The results suggest that NiFe2O4 is a promising favorable 
adsorbent for Cr(VI) in groundwater, since it exhibited significant 
adsorption capacity even at pH value equal to 7 [59]. Generally, the 
relatively high pHPZC point of SFs, which ranges between 7 and 8.5, is 
another characteristic that renders ferrites as potential adsorbents 
for metal anions in groundwater.
	 As already mentioned, organic dyes and their intermediates are 
among the most common organic pollutants found in surface waters 
or groundwater due to inadequate treatment practices of industrial 
effluents. Several SFs have been used as adsorbents for organic dyes 
with satisfactory results in some cases. CaFe2O4 exhibits very high 
affinity for anionic dyes such as Congo red mainly via hydrogen-
binding interactions between the ―NH2 functional groups of the dye 
and the surface hydroxyl groups. The absence of ―NH2 groups in 
cationic dyes such as crystal violet, methylene blue, and Rhodamine 
B is probably the reason for the low adsorption affinity with the 
surface, indicating the high adsorption selectivity of CaFe2O4 [62]. 
Similar observations were obtained in the case of ZnFe2O4 [63], 
NiFe2O4 [59], CoFe2O4 [64], or MnFe2O4 [65], used as adsorbents 
for the removal of dyes, demonstrating that the main adsorption 
mechanism is the electrostatic attraction between the dye ions and 
the SFs surface. However, different adsorption capacities even for 
the same dye have been observed at each SF, due to different cation 
distribution in the structure [66].
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3.3 Nanozerovalent Iron

Various metals in the zero oxidation state, such as Fe0, Zn0, Sn0, 
Ni0, Mg0, and Al0, can be effective for the remediation of polluted 
groundwater [67]. Elemental iron (Fe0) is the most commonly 
used because it combines many advantages in comparison to other 
alternatives, such as high efficiency, low cost, widespread availability, 
and environmental compatibility. Zerovalent iron nanoparticles 
(nZVI) are typically less than 100 nm in diameter, with a spherical 
shape, and they form chain-type agglomerates. The surface activity, 
the catalytic ability, and the mechanical properties can be increased 
by 10 to 100 times in comparison with microscale metallic iron 
[68]. nZVI particles exhibit a core–shell structure, which is due to 
the typical corrosion reactions taking place when metallic iron is 
immersed in an aquatic environment. Elemental iron is a strong 
reductant with standard reduction potential equal to −0.44 V for the 
pair Fe2+/Fe0:

	 Fe0
(s) Æ Fe2+

(aq) + 2 e–	 (3.1)

	 E0 = −0.44 V	 (3.2)

	 In an aqueous environment, metallic iron is oxidized and 
electrons are released, the electron acceptor being (a) dissolved O2 
in aerobic conditions, (b) water under anaerobic conditions, or (c) 
hydrogen cations at very acidic pH [69, 70]:

	 (a)	 Fe0 oxidation in aerobic aqueous conditions:

	 2 Fe0
(s) + O2(aq) + 2 H2O Æ 2 Fe2+

(aq) + 4 ΟΗ−	 (3.3)

	 (b)	 Fe0 oxidation in anaerobic aqueous conditions:

	 Fe0
(s) + 2 H2O Æ 2 Fe2+

(aq) + H2(aq) + 2 OH−	 (3.4)

	 (c)	 Fe0 oxidation in acidic pH:

	 Fe0
(s) + 2 H+Æ Fe2+

(aq) + H2(aq)	 (3.5)

	 The primary product of elemental iron oxidation is ferrous iron, 
as presented in Eqs. (3.3–3.5). In the presence of oxygen, the ferrous 
iron is oxidized to ferric ions, which then precipitate and form 
insoluble oxides and hydroxides. In oxygenated natural waters, the 
most stable iron phase, as predicted thermodynamically, is α-Fe2O3. 
However, several other metastable ferric hydroxides and oxides are 
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usually formed, such as the amorphous ferrihydrite (Fe(OH)3) or 
crystalline α-FeOOH. Under anaerobic conditions, when the redox 
potential becomes negative, the most stable iron phase is Fe3O4. Due 
to the above corrosion reactions, iron nanoparticles develop rapidly 
the core–shell structure. The presence of these nanocomponents in 
the core–shell structure gives combined properties for the removal 
of contaminants. The metallic iron core acts as an electron donor 
source, rendering it a very efficient reducing agent, and the outer 
layer of iron oxides and hydroxides constitutes a sorptive medium, 
maintaining various contaminants on the surface of the shell by 
surface complexation. Electron transfer through the metal core 
takes place (a) directly by surface defects such as pits or holes, (b) 
indirectly through the conduction band (oxide conduction band), or 
(c) by absorption by the structural or adsorbed Fe2+, thus preserving 
the reducing ability of the nanoparticles [71].

3.3.1 nZVI Reactivity Toward various Categories of 
Contaminants: Removal Mechanisms

Numerous studies have shown that nZVI can be applied for the 
removal of a wide spectrum of contaminants, both organic and 
inorganic, combining various removal mechanisms, such as 
reduction, adsorption, and even oxidation through the Fenton 
mechanism. nZVI reactivity is primarily related with the strong 
reducing capacity of metallic iron. Data for selected redox reactions 
involving characteristic inorganic and organic contaminants are 
given in Table 3.1. Two columns with values of standard reduction 
potentials are included in the table. The first column corresponds 
to the standard potentials (Eh0), with proton activity = 1 M. Eh0 
values in the second column have been calculated assuming pH 7. 
This series of values is considered to be more representative of the 
conditions prevailing in groundwater. Data are presented in order of 
decreasing Eh0 (pH 7). The reducing strength of the species to the 
right side of the reactions tends to increase toward the table bottom. 
As seen, Fe0 is situated very low in this order, and theoretically, it can 
reduce all the oxidized species situated above, i.e., with higher Eh0 
(pH 7) values.
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Table 3.1	 Standard reduction potential for characteristic pollutants

Standard reduction potential
Half reactions Eh

0 (V) Eh
0 (pH 7)(V)

Metals and other inorganic contaminants
Hg2+ + 2e− Æ Hg 0.86 0.86
Ag+ + e− Æ Ag 0.80 0.80
UO2

2+ + 2e− Æ UO2 (s)+ 2H2O 0.42 0.42
CrO4

2− + 8H++ 3e− Æ Cr3+ + 4H2O 1.51 0.41
Cr2O7

2− + 14H+ + 6e− Æ 2Cr3+ + 7H2O 1.36 0.39
NO3

− + 10H+ + 8e−Æ NH4
+ + 3H2O 0.88 0.36

Cu2+ + 2e−Æ Cu 0.34 0.34
Cu2+ + e− Æ Cu+ 0.16 0.16
Pb2+ + 2e−Æ Pb −0.13 −0.13
H3AsO3 + 3H+ + 3e−Æ As + 3H2O 0.24 −0.17
H2AsO4

− + 3H+ + 2e−Æ H3AsO3 + 3H2O 0.42 −0.20
Ni2+ + 2e−Æ Ni −0.25 −0.25
Cd2+ + 2e−Æ Cd −0.40 −0.40
Fe2+ + 2e−Æ Fe −0.44 −0.44
Zn2+ + 2e−Æ Zn −0.76 −0.76
Ba2+ + 2e−Æ Ba −2.92 −2.92

Organic contaminants
ClH2C–CH2Cl + 2e−Æ H2C═CH2 + 2Cl− 0.74 0.74
CCl4 + H+ + 2e−Æ CHCl3 + Cl− 0.67 0.46
Cl2C═CCl2 + H+ + 2e−Æ Cl2C═CHCl + Cl− 0.57 0.36
Cl2C═CHCl + H+ + 2e−Æ Cl2C═CH2 + Cl− 0.53 0.32
ClHC═CH2 + H+ + 2e−Æ H2C═CH2 + Cl− 0.45 0.24
Cl2C═CH2 + H+ + 2e−Æ ClHC═CH2 + Cl− 0.42 0.21

	 The reductive capacity of nZVI is the preponderant removal 
mechanism for metal cations with positive Eh0 well above the 
standard potential of iron. A characteristic case is mercury, Hg2+, 
with Eh0 = 0.86 V [72]. It is also the crucial mechanism for elements 
that are soluble and mobile in their high valence state, while forming 
stable solid phases in their reduced state. The most characteristic 
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example are the oxyanions of Cr(VI), which can be removed from 
the aqueous phase when reduced to Cr(III), due to the formation of 
Cr(OH)3 or mixed Fe(III)-Fe(II)-Cr(III) hydroxides [69, 73–75] (see 
Chapters 8 and 9 for a detailed mechanism of Cr(VI) removal with 
nZVI). The reductive action of nZVI is also the primary mechanism 
for remediation of halogenated organic compounds. As seen in 
Table 3.1, the reduction potentials of characteristic chlorinated 
hydrocarbons range between 0.21 and 0.74 V, well above that of iron 
[76, 77].
	 When the metals have a redox potential more negative or close 
to that of iron, for example, Zn, Cd, the preponderant removal 
mechanism is adsorption and precipitation or coprecipitation with 
Fe(II) and Fe(III). This is also the case of oxyanions such as As(III) 
and As(V). As previously discussed, the metallic core of nZVI is 
surrounded by a layer of iron oxides and hydroxides providing an 
excellent substrate for adsorption, both for cations such as Cd2+ and 
Zn2+ and anions such as H2AsO4

− and H2AsO3
−. Careful examination 

of Eqs. (3.3–3.5) reveals that iron corrosion produces hydroxyls or 
consumes protons. In all cases, pH is increased, and this helps in the 
precipitation of various compounds such as metal hydroxides and 
carbonates. In the case of As, the pH increase favors the precipitation 
of ferric and ferrous As(V) phases like scorodite (FeAsO4·2H2O) and 
symplesite [Fe3(AsO4)2·8H2O]. Cd and As are two characteristic 
contaminants, whose removal from the aqueous phase using 
nZVI occurs primarily through adsorption and coprecipitation 
mechanisms. The main published studies evaluating As [78–82] 
and Cd [83–85] removal were carried out using commercial nZVI 
products or composite nZVI materials. The composite (hybrid) 
materials consisted of nZVI incorporated on a porous matrix (e.g., 
mesoporous carbon) or supported on another carrier material (e.g., 
montmorillonite). The removal capacity ranged from 18.2 to 114.9 
mg/g for As(III) and from 12 to 91.42 mg/g for As(V). In the case of 
Cd, the reported removal varied between 67 and 770 mg/g. In almost 
all the studies, the removal of As species and Cd was attributed to 
physical adsorption and chemisorption processes (see Chapter 8 for 
a detailed mechanism of As(III) and As(V) removal with nZVI).
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3.4 Conclusion

Adsorption of heavy metals on iron oxides and nZVI surfaces is 
mainly based on van der Waals interactions between the ions and 
the surface, or on chemical reactions with the functional groups. The 
adsorption capacity is strongly affected by the pH of groundwater, 
the initial concentration, and the electronegativity of the metal 
pollutant. Iron oxides exhibit significant adsorption capacity at 
close to neutral pH values like those occurring in groundwater. Their 
adsorption capacity is strongly affected by their structural properties 
such as surface area, crystallinity, and the oxide PZC. Among the 
reported iron oxides, hematite, goethite, and ferrites are considered 
potentially better adsorbents than other iron oxides for heavy 
metals due to their usually higher pHPZC. However, the crystallinity 
and thus the surface area of the oxide are other factors that affect 
sorption capacity. Since the crystallinity is inversely proportional 
to the surface area, and taking into account that goethite presents 
a usually higher degree of amorphicity compared with hematite, it 
is expected to present a higher adsorption capacity. Spinel ferrites, 
due to their high specific surface area, high chemical stability, and 
superior magnetic characteristics compared with iron oxides, can be 
also considered good adsorbents for heavy metals. Regarding organic 
pollutants, bare iron oxides exhibit a limited efficiency, and surface 
modifications are necessary. The presence of naturally occurring 
organic matter can act as an organic coating on the surface of iron 
oxides, able to modify its properties toward several organic pollutants, 
thus enhancing the adsorption process of organics. Aquifers rich 
in iron oxides gain a natural advantage toward groundwater 
decontamination, since iron oxides can act as natural adsorbents 
for pollutants. In addition, there is much recent interest in the use 
of engineered nanoscale iron oxides and nZVI as nanoadsorbents, 
not only for ex situ but also for in situ groundwater treatment. Their 
natural occurrence can offset secondary contamination effects 
caused by their addition and possible subsequent release in the 
aquifer, since their addition simply constitutes an “enrichment” of 
the aquifer with iron oxides. However, uncertainties over the health 
impacts of iron nanomaterials and their environmental fate must be 
addressed before their widespread application. Regarding ex situ 
treatments, these nanomaterials exhibit significant advantages as 
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adsorbents, compared with other engineered nanoparticles, due to 
their high adsorption capacity, low-cost synthesis, reusability, and 
easy separation/regeneration due to their magnetic properties.
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4.1 Introduction

Nanoscale zerovalent iron (nZVI, Fe0) with 10−100 nm particle size 
has an extraordinary reductive capability of degrading the broadest 
range of organic contaminants and immobilizing inorganic/heavy 
metal ions [1, 2]. Thus, nZVI has become the most commonly used 
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engineered nanomaterial (ENM) for in situ soil and groundwater 
remediation technologies, operating in total 77 pilot and field-scale 
polluted sites worldwide (> 70% in the United States) [1, 3]. The 
projected spending for site cleanup and restoration is $250 billion 
by 2040 in the United States [1] and €38 billion (~$41.7 billion) 
a year in Europe [4, 5]. Moreover, nZVI use in industrial wastewa-
ter treatment plants is being demonstrated [6, 7]. Reasonably, sig-
nificant research efforts are currently in progress to improve nZVI 
contaminant degradation efficacy by reducing its high aggregation 
propensity [i.e., due to van der Waals (vdW) and magnetic attraction 
forces], increasing the surface reactivity, and protecting from surface 
oxidation in aqueous environment [2, 5, 8, 9]. These include surface 
modification, metal addition, and solid support attachment.
	 The advancement of ENM synthesis and modification has led to 
the development of nanohybrids (NHs)—an emerging class of ENMs 
where a single nanoscale entity is composed of two or more ENMs 
providing enhanced or multifunctional activities [10]. Various metal 
(Pd, Pt, Ni, etc.) ENM deposition on the surface of nZVI has led to 
the development of bimetallic nZVI nanohybrids (BM-nZVI NHs) [2]. 
The attached secondary metal ENM acts as a catalyst to improve the 
oxidation–reduction reactions via the formation of excess hydrogen 
on the BM-nZVI surface and improve degradation of contaminants 
in groundwater remediation and wastewater treatment. Nanoscale 
hybridization approach has enabled solid support attachment for 
nZVI performance enhancement via conjugation with various nano-
carbons (nCs), including one-dimensional (1D) carbon nanotubes 
(CNTs), two-dimensional (2D) reduced graphene oxides (rGO), etc. 
[11]. It should be noted that solid supports can be of macro- and 
mesoscales too, including clay materials, biochars, activated car-
bons; however, this chapter will focus solely on nanoscale hybridiza-
tion. These hybridizations allow for the nZVI pollutant degradation 
capability to be improved via multifaceted achievements—reduction 
in aggregation propensity, high reactive surface area, enhanced ad-
sorption of contaminants on the CNT or rGO surfaces, and more elec-
tron transport efficiency due to excellent conductivity of nCs. Thus, 
these emerging nC-nZVI hybrids show promises with better organic 
and inorganic contaminant removal and degradation in sub-sur-
face and wastewater. However, with their altered physicochemical  
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properties due to hybridization, concerns regarding unprecedented 
environmental risks are also posed.
	 The increasing usage of nZVI and their hybridized forms (e.g., 
BM-nZVI or nC-nZVI) leads to the concern about their environmental 
health and safety. Typically, NHs present with uniquely altered 
and emergent properties different from those of their component 
ENMs. These altered/emergent properties of NHs may lead to 
uncertain environmental consequences in terms of altered fate, 
transport, and toxicity behavior. For example, nZVI while combined 
with the solid nanosupports CNTs or graphenes can have altered 
particle size, dimensionality (0D nZVI versus 1D CNT-nZVI or 2D 
rGO-nZVI), and surface chemistry. These properties may change 
their aggregation behavior, transport through porous media, and 
even interactions with biological entities found in the environment 
leading to uncertain environmental toxicity. Similarly, the presence 
of Pd, Pt, Ni, and other metallic ENMs on the surfaces of BM-nZVI 
alters their biochemical interactions significantly and can alter their 
interactions with microorganisms and animal cells.
	 Nanozerovalent iron (nZVI), due to its high activity toward 
persistent organic contaminant degradation and heavy metal 
removal, has attracted applications in industrial wastewater 
treatment as well as in situ soil remediation techniques. Enhancement 
of the catalytic activity of nZVI is pursued by employing different 
surface modification strategies and most recently conjugating or 
hybridizing with other carbonaceous or metallic nanomaterials. 
NH formation has multifaceted advantages toward its redox activity 
increases, electronic property alterations, providing with higher 
surface area, and better adsorption capabilities. Achievement 
of multifunctionality through the hybridization approach, on 
the contrary, can bring about uncertainty in understanding the 
environmental fate, transport, and toxicity of conjugated nZVI due 
to the alterations of physicochemical properties.
	 This chapter will discuss the emergence of nanoscale 
hybridization of nZVI-based materials, their multifunctional 
capabilities, and their importance in environmental remediation 
and water treatment. Moreover, the chapter will provide a brief 
review on the environmental fate and toxicity concerns from nZVI-
based materials. Then, the chapter will also discuss the complexity in 
assessing environmental risk of nZVI-based NHs from their altered 
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and emergent properties. Finally, the chapter will put forth some 
strategies for proactive measures to determine the environmental 
risks associated with novel hierarchical nZVI-based NHs.

4.2 Pollutant Removal Mechanisms of nZVI and 
Its Hybrids

The major mechanisms of pollutant degradation by nZVI can be 
classified into chemical reduction and adsorption [11]. nZVI becomes 
oxidized and reduces organic or inorganic pollutants into less toxic 
compounds. For example, a typical reductive degradation process of 
chlorinated organic contaminants by nZVI can be characterized as 
follows:

	 Fe RCl H Fe RH Cl
0 2+ + Æ + ++ + - 	 (4.1)

	 Because of the high surface-area-to-volume ratio, nZVI has 
been expected to significantly enhance the contaminant removal 
efficiency than their microscale counterparts. However, its surface 
can be rapidly oxidized by contact with water, forming the iron 
oxide shell (Fe(OH)2), which limits the reduction process of organic 
contaminants (as shown in the following equation):

	 Fe H O Fe OH H
0

2 2 2
2+ Æ + ≠( ) 	 (4.2)

	 However, the iron oxide shell provides more oxygen groups for 
chemical bonding with other pollutants. This specifically renders 
not only the adsorption of metalloids such as arsenic [12], but also 
the simultaneous adsorption–reduction of heavy metals (e.g., lead 
[13], chromium [2], etc., as shown below) along with the adsorption 
of organic contaminants [14].

	 ∫ + Æ∫ - +- - -
FeOH Cr O Fe Cr O OH

2 7

2

2 7
	 (4.3)

	 To overcome the inefficiency due to deterioration of chemical 
reduction capability, deposition of other metal ENMs on nZVI 
surfaces has been pursued to form bimetallic nZVI or BM-nZVI. 
Examples of them include Fe/Pd, Fe/Pt, Fe/Ag, Fe/Ni, etc. The 
primary metal nZVI (Fe0) plays the role of electron donor, while 
the secondary metal serves as a catalyst that not only promotes 
the reduction via hydrogenation, but also prevents the oxide film 
formation [15]. Since the primary and the secondary metals play the 
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roles of an anode and a cathode of a galvanic cell, electron transfer 
between two metals continues inhibiting the oxide film formation 
[16]. For example, the following pathway shows the dehalogenation 
via hydrogenation with Fe/Pd bimetallic nanoparticles [17].

	 Fe Fe e
0 2

2Æ ++ - 	 (4.4)

	 2 2 2
2 2

H O e H OH
g

+ Æ +- -
( )

	 (4.5)

	 Pd e Pd
2 0

2
+ -+ Æ 	 (4.6)

	 H PdH
g

Pd

2 2( )
Æ 	 (4.7)

	 PdH RCl RH PdClH
2

+ Æ + 	 (4.8)

	 However, both nZVI and BM-nZVI suffer from high agglomeration 
tendency due to their high vdW attraction and magnetic attraction 
forces, resulting in the loss of reactive surface area and contaminant 
degradation ability. Thus, surface modification with polymer or 
surfactant coating has been pursued extensively with the recent 
development of attachment of nZVI or BM-nZVI to solid supports 
(e.g., activated carbons, zeolites, clay materials, etc.). The most 
recent trend has been the use of carbon-based ENMs, i.e., CNT or 
graphene as solid supports for nZVI or BM-nZVI. nZVI deposition 
on 1D CNT or 2D rGO via reduction of iron salt precursors has 
shown to restrict nZVI aggregate size within 10−80 nm [8, 18–26]. 
The specific surface area (SSA) of these hybrids is always found 
to be significantly greater than the SSA of nZVI only, and closer to 
that of CNT or rGO [8, 18–22]. Moreover, the hybrids tend to have 
overall reduction in aggregation propensity, though that has not 
been systematically studied. The domination of nCs dimensionality 
further reduces the oxidation susceptibility of nZVI and causes 
alterations of crystal structures [27]. Both CNT and graphene (or 
rGO) provide large surfaces with p-electron clouds, rendering a high 
transfer rate for electron hopping between well-dispersed nZVI, 
subsequently resulting in a lower redox potential in the aqueous 
media [18, 27]. Recent advances in producing hierarchical 3D CNT/
rGO/metal nanostructures have proven to further reduce the sizes for 
iron-based metal nanoparticles and further reduce the aggregation 
of nC-nZVI hybrids by the intercalating effects between CNT and 
rGO [28–30]. Moreover, the porous nature of the heterogeneous 
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structures provides protection from outside environment. The CNT/
rGO network remarkably improves the electrical conductivity by 
conjugation through the defects of CNT and edges of rGO [28–31]. As 
a result, 3D CNT/rGO structures have enhanced redox activities for 
iron-based particles compared with 1D CNT and 2D rGO. These solid 
supports also provide functional groups for enhanced adsorption of 
contaminants.
	 CNTs and their oxidized forms have been studied as a promising 
adsorbent with their high adsorption capacity in water and 
wastewater treatment due to their hydrophobic nature and presence 
of functional groups. When coupled with nZVI, hybrid CNT-nZVIs 
have shown their effectiveness in the treatment of Cr(VI) [32, 33], 
Se(IV) [22], and Sb(III) [27]. For example, the removal of Cr(VI) by 
CNT-nZVI occurs not only by the direct adsorption of Cr(VI) onto 
CNTs via electrostatic interaction (Eq. 4.9) [32], but also by the 
reduction of Cr(VI) to Cr(III) with the contact of nZVI (Eq. 4.10) 
followed by the electrostatic adsorption (Eqs. 4.11 and 4.12), which 
is facilitated at higher pH, producing negatively charged adsorbent 
and positively charged Cr(III) [33–35]. Also, CNTs are capable 
of organic adsorption via p–p interaction and hydrogen bonding 
[36]. Therefore, the decoration with functional groups as well as 
environmental conditions is determinant in the CNTs adsorption 
capacity.

    ∫ + Æ∫ ++ - - +
OH HCrO OH CrO H

2 4 2 4
	 (direct adsorption) (4.9)

	 2 3 14 3 2 8
4

0 2 3

2
HCrO Fe H Fe Cr H O

- + + ++ + Æ + + 	 (4.10)

	 Cr OH Cr OH
3

2
2

+ - ++ Æ ( ) 	 (4.11)

∫ + Æ∫- +
COO Cr OH COOCr OH( ) ( )

2 2
	 (adsorption through reduction) 

� (4.12)

	 Simultaneous reduction and adsorption are also available with 
rGO-nZVI NHs [37]. In fact, rGO-nZVIs with oxygen-containing 
functional groups such as epoxy (C-O-C), hydroxyl (OH), and carboxyl 
(COOH) groups have resulted in the significant adsorption of Pb(II) 
[38], As(III) and As(V) [39], U(VI) [40], Cr(VI) [41], Re(VII) [42], 
disinfection by-products [43], colorizing agents [8, 44], phosphorus 
[45], and chlorinated organic pollutants [46]. As illustrated in  
Fig. 4.1, the nZVI removes U(VI) through reductive adsorption. This 
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results in the formation of magnetite (Fe3O4) and hematite (Fe2O3) 
layer on nZVI core, which adsorbs the reduction product (U3O7) of 
U(VI). In addition, the adsorption of U(VI) (hydr)oxide also occurs, 
mainly caused by the dissolution of the core nZVI (Fe0) into Fe2+ ion. 
When graphene support matrix is added, the reduction rate of U(VI) 
is enhanced and the support matrix provides additional active sites 
for the sorption of U(VI) (hydr)oxide, which results in the higher 
removal rate of U(VI) [40].

Figure 4.1 Mechanism of removal of U(VI) by nZVI and reduced graphene 
supported nZVI. Reprinted from Ref. [40], Copyright 2015, with permission from 
Elsevier.

	 Since graphene is also known to adsorb organics via p–p 
interaction [47], the selective removal for the pollutants with 
C=C double bonds or benzene rings such as polycyclic aromatic 
hydrocarbons [39] is also possible. Further modifications for the 
simultaneous reduction and adsorption can take place using BM-
nZVI on carbonaceous-ENMs to treat chlorinated organic pollutants 
[48]. Though the chemical reduction might be considered a 
primary mechanism over the adsorption in such cases as antibiotic 
removal [49], more quantitative data need to be accumulated to 
generalize such a comparison. Also, minor contributions from other 
mechanisms such as aggregation, ion exchange, hydroxylation, and 
precipitation need to be considered as well [11].

Pollutant Removal Mechanisms of nZVI and Its Hybrids
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4.3 Applications of nZVI-Based Nanohybrids for 
Site Remediation

The contaminant treatment technology using nZVI was first 
developed for groundwater remediation at various organic 
contaminant polluted sites. In situ delivery or injection of nZVI into the 
groundwater and nZVI incorporation in the underground permeable 
reactive barriers (PRBs) have been the major modes of applications 
of this technology [1]. As mentioned earlier, the total number of 
contaminant soil and groundwater remediation sites involving nZVI-
based treatment technologies has increased significantly, mostly 
in the US and some in Europe with the target contaminants being 
predominantly chlorinated organic solvents and other polyaromatic 
hydrocarbons. The recent emergence of NHs has not yet fully been 
appreciated; however, their inclusions are also increasing. Currently, 
around 30% of nZVIs developed for site remediation in the US are 
in the bimetallic form or as BM-nZVI; however, no such reports have 
been found in the literature for CNT-nZVI or rGO-nZVI since they 
are still in the lab-scale experimentation stage. Some of the pilot- 
and field-scale demonstrations of BM-nZVI NH-based contaminant 
treatments have been described below. Initially, during 2001, a field-
scale feasibility test was performed by injecting ~1.7 kg Fe/Pd BM-
nZVI in 1340 L slurry into a trichloroethylene (TCE)-contaminated 
industrial site in New Jersey, US, where within a 4-week period, 
96.5% TCE degradation was achieved. The schematic diagram of the 
injection process of the BM-nZVI into the groundwater is illustrated 
in Fig. 4.2. The injection well (DGC–15) was used to inject BM-nZVI, 
and the piezometers were used to collect sample downgradient of 
the injection well [50].
	 In 2002, a former waste disposal area in Research Triangle 
Park in North Carolina, US, was treated by 11.2 kg of Fe/Pd 
nanoparticles in 6056 L slurry, and 99% of TCE was reduced in a 
few days [51]. Since 1994, the Naval Air Station in Jacksonville, 
Florida, US (approximately 135 m2 area with a thickness of 5.5 m) 
was reported to be contaminated by waste solvent storage tanks. 
In 2003, 136 kg of bimetallic Fe/Pd nanoparticles were injected 
through 10 injection points, and 99% TCE reduction was achieved. 
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Similarly, the Naval Air Engineering Station in Lakehurst, New 
Jersey, was highly contaminated by chlorinated organic pollutants 
deep into 70 ft below groundwater table. A total of 136 kg of 
bimetallic Fe/Pd nanoparticles was injected through 15 locations 
over the contaminated sites, treating 79% of TCE and 83% of DCE, 
respectively [52]. The Zhao research group at Auburn University 
in the US developed carboxymethyl cellulose (CMC) stabilized Fe/
Pd BM-nZVI for site remediation and applied them to the fields in 
California [53], Alabama [54], and Utah [55], respectively. In 2009, 
20 kg of Fe/Si nanoparticles were injected to an industrial site in 
West Lafayette, Ohio, resulting in up to 90% removal of TCE [56]. 
Injection of CMC-stabilized nZVI at a pilot site located in the South 
of the USA resulted in up to 87% removal of chlorinated solvents 
(TCE, PCE, and PCB) over 596 days after the injection [54]. These 
results are attributed to the initial rapid abiotic degradation (within 
the first 29 days) of the chlorinated solvents by the CMC-stabilized 
nZVI and later by a slow process of biotransformation by the 
microbial community enhanced by the nZVI. However, the duration 
of initial abiotic degradation could be enhanced by improving nZVI 
reactivity or removal capacity for an extended period as well as for 
an expanded area.

Figure 4.2 Schematic diagram of in situ injection of Fe/Pd BM-nZVI into TCE-
contaminated groundwater site in New Jersey, US. Reprinted with permission 
from Ref. [50]. Copyright 2001 American Chemical Society.

Applications of nZVI-Based Nanohybrids for Site Remediation
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4.4 Applications of nZVI-Based Nanohybrids for 
Wastewater Treatment

The usage of nZVIs and their NHs in wastewater treatment 
processes has not yet been fully realized. There have been some 
pilot studies for the removal of heavy metals from metal-finishing 
industrial wastewater [6, 57, 58] and power plant wastewater 
[59] with some development of fundamental lab- and bench-scale 
studies. The target contaminants are mainly heavy metals such as 
Cr, Pb, etc., and metalloids such as As [60]; in some cases, nitrates 
[59, 61] and dyes [62] are also removed by nZVI. Their removal 
efficiency was significantly improved by the simple mixing of the 
nZVI or the NH nZVI with the wastewater in either sequential batch 
reactors or continuous flow stirred tank reactors. The key removal 
mechanisms are adsorption and chemical reduction. Moreover, 
nZVI-based materials offer the unique opportunities for magnetic 
separation for adsorbed contaminants and the recycling of the 
nanoadsorbent. Figure 4.3(a–d) shows a setup for pilot-scale plant 
for treating Cu(II)-contaminated wastewater with nZVI. The pilot 
plant consisted of three tanks, a reactor for nZVI, a clarifier, and a 
coagulation–sedimentation tank. Greater than 96% Cu(II) removal 
efficiency was achieved with nZVI dosage of 0.20 g/L in the pilot 
plant [59].
	 Hybridized nZVI, for example BM-nZVI composed of Ni/Fe, was 
introduced to the waste metal working fluids, one of the recalcitrant 
wastewater, to facilitate the advanced chemical oxidation by 
providing reactive oxygen species and to further advance the 
biological treatment [57]. On the other hand, Ni/Fe BM-nZVIs 
have shown to improve hexavalent chromium reduction due to 
synergistic iron passivation and electron transfer by the Ni [63]. 
Though CNT- or rGO-nZVIs have not been tested in pilot- or field-
scale industrial wastewater treatment facilities, bench-scale studies 
[64, 65] have shown significant promises for heavy metal removal. 
With the combination of carbon nanomaterials, the nZVI surface is 
able to remain as the active sites for the heavy metal removal due 
to the formation of small electrodes (cathode: carbon, anode: iron) 
preventing the oxide filming on the nZVI surface. Furthermore, the 
aggregation of nZVI can be prevented by the immobilization of the 
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material onto another surface in the case of hybrid nZVI, which 
further enhances its capacity as a reactive agent especially for heavy 
metal removal.

Figure 4.3 Pilot plant for Cu(II)-contaminated wastewater treatment (a–c). 
The reactors were placed inside a shipping container (a); nZVI reactor (b); 
nZVI suspension in the reactor (c); scheme of the treatment steps of the pilot 
plant (d). Reproduced from Ref. [58] with permission of The Royal Society of 
Chemistry.

4.5 Environmental Fate and Transport of nZVI 
and Its Nanohybrids

The efficacy of practically applying nZVIs and their NHs in 
wastewater treatment and groundwater remediation depends on 
their aggregation behavior in aquatic media and transport properties 
through porous media. Due to their high vdW and magnetic attraction 
forces, nZVI tends to aggregate fast and, therefore, also can get 
filtered out losing the delivery efficiency for groundwater injection 
wells. In the case of most applications, different surface coating 
(hydrophilic biopolymers [66], polyelectrolytes [67], amphyphyles 
[68], emulsions [69], etc.) are used with nZVI, which also results in 
reduced tendency of attachment and higher mobility through porous 
soil grains when exposed to groundwater environment [70]. Various 
environmental parameters such as dissolved oxygen, ionic strength, 
organic matter, pH, and hydraulic conductivity also play a significant 

Environmental Fate and Transport of nZVI and Its Nanohybrids
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role in controlling fate and transport of nZVI [9, 71]. For example, 
higher dissolved oxygen in water can cause higher rate of chemical 
oxidation of nZVI; the iron oxide layer will become hydrophilic, 
and with hydroxylation of the surface, this can result in reduced 
agglomeration and deposition [70]. BM-nZVIs such as Fe/Pd or Fe/Ni 
also show similar results in terms of aggregation and porous media 
transport and, thus, are required to undergo surface modification 
to attain better delivery to the target pollution location. Conversely, 
natural organic matter present in the aquatic environment can act 
as surfactants and can increase the colloidal stability and mobility 
of the nZVI via electrosteric stabilization [72]. Transformation such 
as aging of the nZVI may also affect the environmental interaction 
of nZVI. Aged nZVI will already have higher portion of the Fe2+/Fe3+ 
oxide layer.
	 It is expected that the nanoscale solid supports, including CNT 
and rGO, will offer unique physicochemical properties to alter nZVI 
aggregation and transport behavior. In the case of nC-nZVI hybrids, 
the surface interactions would be quite complex; the colloidal 
interactions might be predominantly influenced by the larger surface 
presence of CNT or rGO rather than the nZVI. The intercalating 
effects might help to reduce the influences of the magnetic forces and 
reduce aggregation of these NHs and thereby influence their porous 
media transport. However, so far, no systematic studies have been 
performed to investigate such behavior in detail and the potential 
fate and transport of nC-nZVI hybrids are thus difficult to predict 
based on the available literature. It is important to note that nZVI does 
not share the similar mechanisms for aggregation and deposition as 
CNTs or rGOs. While the extended Derjaguin, Landau, Verwey, and 
Overbeek (DLVO) theory can successfully explain the interfacial 
interactions of quasi-spherical nZVI by including electrostatic/steric, 
magnetic, and vdW forces; the type of behavior of tubular CNTs and 
planar rGOs cannot be explained by DLVO due to the existence of 
non-DLVO forces (e.g., hydrophobic) in their interfacial interactions. 
Thus, the hybrid aggregation and transport behavior might as well 
be rather more complex than usual. Systematic studies need to be 
performed to determine how, when, and which altered or emerging 
physicochemical properties will influence the behaviors and what 
fundamental parameters need to be measured for understanding 
their interfacial interactions.
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4.6 Environmental Toxicity of nZVI and Its 
Nanohybrids

Surface-modified and hybridized nZVIs can cause significant 
ecotoxic response. Although there is very limited toxicological data 
available for hybridized nZVI, toxicological studies done on bare 
nZVI have reported toxic response on biological species by affecting 
cellular activity, viability, and integrity [70]. A large share of the 
toxicological studies has focused on the toxic effects of nZVI on 
different microbial species (e.g., bacteria [73, 74], virus [75], fungi 
[76, 77], etc.). However, certain studies have also revealed adverse 
effect of nZVI on algae [78], soil and aquatic invertebrates [79, 80], 
and fish [81]. Structural and chemical transformation of nZVI in the 
ecological and biological media (via Fenton reactions) leads to the 
production of dissolved iron species (Fe2+) or ROS (reactive oxygen 
species), presenting a concern due to their harmful interactions 
with environmental microorganisms and other organism cells [82]. 
Recent extensive studies with aquatic microorganisms identified 
Fe2+ and ROS generation as the major contributors to nZVI cytotoxic 
effects [9, 71]. Cell membrane integrity disruption by the highly 
reductive nZVI direct interaction with membrane molecules leads 
to the release of Fe2+ ions inside the cell, which then reacts with 
mitochondrial H2O2 to produce more unstable ROS components. 
Besides, direct interactions or internalization of nZVI in the cell can 
lead to ROS generation. In both cases, produced ROS can react with 
cell organelles and cause oxidative stress, leading to cell death. A 
limited number of nZVI cytotoxicity studies with bronchial epithelial 
cells also indicated production of Fe2+ and ROS and their potential 
cytotoxic effects; however, interaction mechanisms at cellular and 
tissue level have not been reported [83, 84]. Toxicity mechanisms 
imply that direct contact between nZVI and microorganisms is a 
prerequisite for cellular redox reactions and subsequent generation 
of ROS. Surface coatings on nZVI inhibit direct interaction with 
microorganisms, increasing mobility, which suppresses the toxic 
effect of nZVI [85]. A recent study reported that with an increasing 
dose of polyelectrolyte carboxymethyl cellulose (CMC) coating 
on nZVI, the cytotoxic response of nZVI to Escherichia coli is 
significantly reduced. Above a certain dose of coating (1.6 wt% of 
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nZVI), no cytotoxic effect was observed [86]. Similarly, the presence 
of natural organic matter (NOM) in water also can result in reduced 
antimicrobial effect of nZVI due to hindrance against the direct 
contact caused by electrosteric repulsion [87].
	 There is a dearth of knowledge about the unique potential 
of ecotoxicity that nZVI can exert when conjugated with other 
nanomaterials. Limited studies done on nZVI-based bimetallic NHs 
(BM-nZVI) have shown variable antibacterial effects toward E. coli 
based on the other conjugating metal [88]. For example, Fe/Cu  
BM NH caused almost the double cell death of E. coli compared to 
Fe/Pd, with the same dosage [88]. The possible mechanism was 
postulated to be the direct nanoparticle–cell interaction followed 
by the cell membrane damage and organismal dysfunction. 
However, this is a preliminary study without any considerations 
for influence of various environmental and material parameters, 
thus requiring further investigations. On the other hand, there is an 
absence of understanding regarding the toxicological effects of nC-
nZVI hybrids, i.e., CNT-nZVI or rGO-nZVI or in general any carbon-
metallic NHs. As discussed earlier, nZVI conjugation to CNT or 
rGO significantly changes the physicochemical properties of nZVI, 
including their particle size, surface area, aggregation propensity, 
ROS generation capability, dissolution behavior, and redox potential, 
which might affect their cellular interactions. Moreover, the large 
surface presence of tubular CNT or sheet-like rGO may dominate 
the physical interactions with cells. High aspect ratio, needle-like, 
and stiff CNTs are known to physically cross the cell membranes 
via diffusion, membrane damage, or direct pore transport and also 
delineate asbestos-like toxicity behavior [89]. Two-dimensional 
graphene, though more flexible than CNT, also physically perturbs 
the cell membrane [90, 91]. Furthermore, both CNT and graphene 
have exhibited ROS generation ability due to their excellent 
electronic properties and low-to-zero bandgap. Their capacity 
to conduct electrons at high speed can help mediate electron 
transfer from intracellular components of a cell to the extracellular 
environments resulting in the generation of ROS. These ROS can 
cause lipid peroxidation on the cell membrane or oxidative damages 
to intracellular organelles, including nucleic acids. The interactions 
of CNT and graphene with cell membrane and subsequent 
internalization, distribution, and toxicity are also modulated by 
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various material properties, including length and diameter (CNT), 
lateral sizes and number of layers (graphene or rGO), mechanical 
stiffness, hydrophobicity, surface chemistry or coatings, presence 
and dissolution of metal impurities (e.g., iron), aggregation state, 
etc. Upon deposition of nZVI on CNT or graphene, many of these 
properties are likely to be altered (as mentioned above) and thus 
will likely have significantly altered toxicological implications and 
necessitate immediate attention.

4.7 Conclusion

While novel nanoscale hybridization approaches to nZVI-
based treatment technologies promise more efficient pollutant 
degradation, their unprecedented environmental implications 
need to be investigated and underlying mechanisms need to be 
deciphered. Since, there is a high likelihood of nZVI-based NHs to be 
applied in large scale in the environmental remediation and thereby 
they will directly be exposed to the ecosystem, their potential 
environmental implications need to be determined along with 
mechanistic understanding. The research community that works on 
environmental health and safety of engineered nanomaterials needs 
to be proactive to determine both the application and implication 
potentials of these novel nanostructures (i.e., nZVI-based NHs) to 
ensure their sustainable design and usage.
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5.1 Introduction

Nanoremediation is a promising technology for the remediation of 
contaminated soils and aquifers. Engineered nanoparticles (NPs) are 
introduced into the subsurface in the form of a reactive suspension 
for the in situ degradation, transformation, or immobilization of 
pollutants [1]. The use of engineered NPs has been extensively 
studied in recent years as an alternative to more conventional 
approaches, such as pump and treat (P&T) and permeable reactive 
barriers (PRBs) [1, 2]. Despite the widespread use of P&T and PRBs, 
these remediation technologies are often costly and ineffective for 
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the treatment of deep contaminations and/or in the presence of 
recalcitrant and weakly water-soluble pollutants. Moreover, P&T 
and PRBs can be used only for the treatment of the dissolved fraction 
of the pollutants (plume), while they are not suitable for the direct 
degradation of the contamination source. NP-based methods aim 
to overcome many of the drawbacks and limitations of P&T and 
PRBs. Several engineered NPs have been studied in the last years 
for groundwater remediation purposes. Even if the use of other 
materials has been explored, most of the particles that are currently 
being tested and show a good performance for groundwater 
remediation are iron-based NPs. Microparticles and NPs of 
zerovalent iron (respectively, MZVI and nZVI) have been extensively 
studied for the degradation of many recalcitrant contaminants, such 
as chlorinated hydrocarbons [2–5], metal ions [6, 7], PAH [8], PCBs, 
and pesticides [9]. nZVI has been investigated at the laboratory and 
field scale, both in the form of nZVI particles alone and as composite 
materials such as CARBO-IRON®, where nZVI is embedded in a 
carbon matrix to promote mobility and contaminant targeting [10], 
or as bimetallic particles [11, 12]. Moreover, a particular application 
of nZVI is represented by the emulsified zerovalent iron (EZVI) [13]. 
Nanosized iron oxides, such as goethite, have been largely studied 
because of their high sorption capacity toward heavy metals [14], 
such as chromium and arsenic. Moreover, ferrihydrite NPs have been 
employed as electron acceptors to stimulate the microbial assisted 
degradation of several organic contaminants, for example, BTEX 
[15].
	 NPs are usually dispersed in water-based, highly concentrated 
slurries, and injected directly into and/or in proximity of the core of 
the polluted zone to treat the plume or the source of contamination. 
Alternatively, NPs can be injected and immobilized close to the 
contamination to generate a downstream reactive zone for the 
treatment of the dissolved phase, similar to a PRB. NP suspensions are 
typically delivered into the target contaminated area through wells, 
trenches, or using appropriate tools such as direct push equipment. 
They can be injected at high pressure, thus producing fracturing 
injection (when the injection pressure overcomes the critical one of 
the porous medium) or at lower pressure, resulting in permeation 
injection [16–18]. If fracturing delivery is used, preferential 
migration pathways are generated, and the final distribution of 
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NPs in the subsurface is highly inhomogeneous. On the contrary, 
if permeation injection is adopted, the resulting distribution of 
NPs around the injection point can be fairy homogeneous and 
is controlled more easily. The capability of controlling the NP 
distribution by tuning the operating conditions during the injection 
(e.g., NP concentration in the injected slurry, injection rate, and 
duration) is a key issue in the design of an NP field application. As 
a consequence, the comprehension of the transport mechanisms 
and the development of a transport model are crucial to provide an 
estimate of the expected travel distance and iron distribution.
	 Great efforts have been devoted so far to the identification of 
the mechanisms controlling the transport of iron-based NPs: their 
mobility is determined by the combination of particle–particle and 
particle–porous medium physicochemical interactions, magnetic 
attraction among particles, filtration and straining of aggregates, 
sedimentation, rheological properties of the dispersant fluid, etc. 
These processes have been proven to be strongly influenced by both 
hydrodynamic (e.g., pore–water velocity, injection flow rate) [19] 
and hydrochemical parameters (e.g., pore–water ionic strength, 
pH) [20–22]. Several approaches have been proposed to model NP 
transport and retention in porous media [3, 4, 23–25]. However, 
in most cases, such models have been developed with the aim of 
reproducing and explaining NP transport at the laboratory scale, 
in well-controlled conditions, and are not readily applicable to the 
field scale. As a consequence, despite the existence of such advanced 
models, to the authors’ knowledge, few simulation tools are available 
in the literature to simulate NP transport in three dimensions [26–
28].
	 The design of a field-scale injection of engineered NP 
suspensions requires reliable procedures and approaches to 
effectively assess the expected NP mobility at the field scale, and 
for a reliable estimation of several operative parameters, such as 
particle distribution around the injection well, radius of influence 
for a target concentration, number of required injection wells, etc. 
This information can be typically obtained using an experimental 
approach, running a wide set of column transport tests under 
all different field-relevant conditions, and inferring the expected 
mobility at the field scale from the laboratory results. However, 
this approach may be time consuming and costly and does not 
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guarantee a direct up-scalability to the field, if not supported by 
modeling. In this chapter, an integrated experimental and modeling 
approach is proposed for an effective and reliable design of field-
scale applications of NPs to groundwater remediation. In the first 
part of the chapter, the mechanisms controlling NP transport in 
porous media are discussed. Two numerical tools are presented, 
which were developed at Politecnico di Torino in the framework 
of FP7 EU projects Nanorem (G.A. n. 309517) and Aquarehab (G.A. 
n. 226565), namely MNMs (Micro- and Nano-particle transport, 
filtration, and clogging Model Suite) and MNM3D (Micro and 
Nanoparticle transport Model in 3D geometries) [29], respectively, 
for the simulation of lab-scale and field-scale NP transport. It is then 
discussed how they can be integrated with laboratory tests and field 
monitoring for an effective design of an NP-based remediation, and 
an application of the proposed procedure is presented.

5.2 Mechanisms Controlling Particle Transport 
in Porous Media

When NPs are dispersed and transported within groundwater, they 
are subjected to processes such as filtration, straining, physical–
chemical deposition, and aggregation. The dynamic processes of 
attachment and detachment are governed by physical laws that 
operate at the scale of grains and pores, but impact the transport 
behavior of NPs at the macroscale [30, 31]. Both physical and 
physicochemical mechanisms contribute to remove NPs from pore 
water. Deposition due to physical phenomena includes mechanical 
filtration and straining of single particles or of aggregates. The 
latter is also partly influenced by physicochemical interactions and 
can be a reversible process, while mechanical filtration is typically 
irreversible [2].
	 Different retention mechanisms may take place (Fig. 5.1) 
depending on particle–particle and particle–collector interactions 
[2]:

	 ∑	 Linear reversible attachment: When particle–particle 
and particle–collector interaction energies are similar, the 
deposition is not limited nor affected anyhow by the amount 
of deposed particles.
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Figure 5.1 Pore scale particle retention processes; d50 is median grain size of 
the porous medium; x is the distance from the inlet. Modified from Ref. [2], 
Copyright 2014, with permission from Elsevier.

	 ∑	 Blocking: When particle–particle interaction energies are 
repulsive, deposed particles exclude the immediate vicinity 
of the collector surface from further NP deposition and a 
maximum concentration of deposited particles smax is reached 
[32].

	 ∑	 Ripening: When particle–particle interaction energies are 
attractive, deposed particles tend to attract the suspended 
ones, leading to a progressive increase in the attachment rate, 
until the porous medium is completely clogged. In the case 
of blocking, the presence of a layer of attached NPs does not 
affect the pore flow. On the contrary, in the case of ripening, 
the influence of attached and suspended particles on the fluid 
and porous medium properties (porosity, conductivity, fluid 
density, etc.) cannot be neglected, and clogging occurs, leading 
to a progressive reduction in porosity and permeability [25].

	 NP transport in porous media can be mathematically described 
by a modified advection–dispersion equation that takes into account 
the mass exchanges between liquid and solid phase due to physical 
and physicochemical interactions. For a one-dimensional problem, 
we have:
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where c is the NP concentration in the liquid phase [L−3], s is the 
NP concentration in the solid phase [M−1], ε is porosity [-], ρb is the 
bulk density of the solid matrix [M L−3], q is the Darcy velocity [L 
T−1], D is the dispersion coefficient [L2 T−1], ka,1 and kd,i are the NP 
attachment and detachment rate coefficients [T−1], fatt,i are functions 
[-] depending on the process(es) being described (Fig. 5.1). The 
subscript i refers to the i-th concurrent retention mechanism 
(usually, up to two).
	 The type of interaction mechanisms and the magnitude of 
attachment and detachment kinetics are strongly influenced by 
factors that depend on both operative and natural conditions. An NP 
transport simulation tool effective in assisting the design of a field-
scale application of NPs has to take into account these effects in a 
quantitative, and coupled, way [17]. The following three parameters 
are of particular importance for iron-based NPs used in groundwater 
remediation:

	 ∑	 Flow velocity: During NP injection through a screened 
well, flow velocity decreases hyperbolically with increasing 
distance from the well. A formulation of ka and kd as a function 
of pore–water velocity v = q/ε was proposed by Tosco et al. 
[17], based on the single collector removal efficiency η0 [33]:
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		  where d50 is the average grain size of the porous medium, 
Ca,i [-] and Cd,i [T M−1] are parameters to be determined from 
fitting of experimental data, and μ [M L−1 T−1] is the fluid 
viscosity. η0 can be calculated using different correlations [19, 
33–35].

	 ∑	 Ionic strength: Ionic strength (IS) significantly affects the 
particle–particle and particle–porous medium interactions. 
As a consequence, on a longer time frame, possible changes in 
the groundwater salt content may lead to immobilization or 
re-mobilization of the particles, thus affecting their long-term 
behavior. The semi-empirical constitutive equations proposed 
by Tosco et al. [22] are:



95

	 k c
k

CDC
c

a i
a i

i
a i

,

,
( )

,
salt

salt

=

+
Ê
ËÁ

ˆ
¯̃

•

1

b 	 (5.5)

	 k c
k

c
CRC

d i
d i

salt

i

d i
,

,
( )

,
salt

=

+
Ê
ËÁ

ˆ
¯̃

0

1

b 	 (5.6)

	 s c ci s i
s i

max salt salt, ,
( )

,= g b 	 (5.7)

		  where the terms ka∞,i, CDCi, βa,i, kd0,i, CRCi, βd,i, γS,i, and βS,i are 
empirical coefficients determined via fitting procedures; csalt 
is the salt concentration in pore water expressed in mM.

	 ∑	 Fluid viscosity: NPs suspended in water in most cases are to 
be stabilized by adding polymers. Polymers commonly used 
in field applications (e.g., guar gum, xanthan gum, CMC) have 
a non-Newtonian behavior (shear thinning, viscosity changes 
with changing flow velocity) [36, 37]. NP colloidal stability 
and, consequently, mobility are significantly affected by fluid 
viscosity, which also affects pore pressure in the aquifer 
during injection.

	 In addition, clogging, due to the accumulation of significant 
amounts of NPs in the pores, is simulated through the reduction in 
permeability and porosity induced by deposited particles. In the 
approach proposed by Tosco and Sethi [25], the pressure buildup 
arising from the particle deposition is calculated using a modified 
formulation of Darcy’s law, taking into account the reduction in 
porosity, permeability, and the possible non-Newtonian nature of 
the fluid.

5.3 Numerical Tools for NP Transport Modeling

5.3.1 MNMs for One-Dimensional Modeling of NP 
Transport

MNMs is a complete tool for the simulation of particle transport in 
one-dimensional saturated porous media and for the interpretation 
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of laboratory column transport tests. MNMs represents the 
evolution of MNM1D [22] and E-MNM1D [25], whose features 
are integrated here and extended in a user-friendly Matlab-based 
graphical interface. A comparison with other existing simulation 
tools for particle transport is reported in Table 5.1. MNMs can be 
downloaded from the web page of the Groundwater Engineering 
research group of Politecnico di Torino (http://areeweb.polito.it/
ricerca/groundwater/software/MNMs.php). The main features of 
MNMs, summarized in Figs. 5.2 and 5.3, are:

	 ∑	 Interaction energy profiles calculation (Fig. 5.3a), which 
can be used to estimate particle–particle and particle–
collector interaction energy profiles using the DLVO 
(Derjaguin and Landau, Verwey and Overbeek) and Extended-
DLVO (accounting for Born repulsion, steric and magnetic 
interactions) theory. It is useful to forecast the micro- and 
nanoparticle behavior in terms of aggregation and mobility.

MNMs 2018
v. 3.003
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Figure 5.2 Structure and main features of MNMs.

	 ∑	 Calculation of single collector attachment efficiency η0 
(Fig. 5.3b) using up to seven different formulations: η0 is one 
of the most important parameters for assessing the mobility 
of NPs in porous media.

	 ∑	 Simulation of the transport of a dissolved species accounting 
for equilibrium sorption and first-order degradation. MNMs 
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Figure 5.3 The MNMs graphical interface: (a) DLVO interaction profile 
calculation; (b) single collector efficiency calculation; (c) particle transport 
simulation under transient ionic strength conditions.
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implements both numerical and analytical solutions in one-
dimensional geometries. This tool is useful for the estimation 
of the porous medium porosity and dispersivity through the 
interpretation of column tracer tests.

Table 5.1	 Software comparison: Stanmod, Hydrus-1D, and MNMs

Stanmod
Hydrus-
1D MNMs

Interaction Single-site ü ü ü

Multiple-sites ü ü ü

Processes Classical filtration theory ¥ ü ü

Reversible linear 
attachment

ü ü ü

Blocking ¥ ü ü

Ripening ¥ ü ü

Straining ¥ ü ü

IS dependency ¥ ¥ ü

Pore–water velocity 
dependency

¥ ¥ ü

Features Inverse mode ü ü ü

Extended-DLVO 
interaction profiles

¥ ¥ ü

Tool for single collector 
efficiency

¥ ¥ ü

Flow-transport coupling 
(clogging)

¥ ¥ ü

Non-Newtonian carrier 
fluid

¥ ¥ ü

Radial simulation of 
particle injection

¥ ¥ ü

	 ∑	 Simulation of particle transport under transient IS 
conditions: MNMs solves NP transport equations taking 
into account the colloids deposition and release during 



99

transients of the carrier fluid (water) IS. Four different types 
of attachment kinetics can be simulated: linear, Langmuirian 
with blocking, ripening, and straining.

	 ∑	 Simulation of porous medium clogging, when the 
modification of the column porosity and permeability due to 
the deposition of colloidal particles strongly influences the 
flow field and cannot be neglected [32]. In this case, MNMs 
takes into account the variation of pressure drop along the 
column due to the medium clogging and solve the differential 
system coupling flow and transport equations.

	 ∑	 Simulation of particle transport in the presence of non-
Newtonian carrier fluids. Shear-thinning fluids are 
characterized by high viscosity in static conditions, which 
hinder NP aggregation and sedimentation during the 
storage of the suspension, and viscosity close to water in 
dynamic conditions, thus reducing the injection pressures 
and promoting particle transport in the aquifer. MNMs can 
be used to interpret column tests where the influence of 
the suspension rheology cannot be neglected. A generalized 
Darcy’s law is used to estimate the pressure buildup due to 
the non-Newtonian nature of the injected fluid, a critical issue 
for field injections.

	 ∑	 Simulation of pilot-scale injection of micro- and 
nanoparticle slurries through a single well (radial 
simulation tool). In field applications, fluids are typically 
injected into the subsurface via wells or direct push systems, 
generating a radial or radial-like flow, with decreasing velocity 
with increasing distance from the delivery point [17]. MNMs 
solves the transport of NPs injected in a homogeneous infinite 
porous medium assuming a one-dimensional geometry with 
radial symmetry (Fig. 5.4). The radial tool takes into account 
the influence of flow velocity (and then of injection rate) on 
the kinetics of deposition and release processes, the eventual 
clogging, and the non-Newtonian (shear thinning) rheological 
properties of the carrier fluid. The radial model is a useful 
support tool that can be used in the preliminary design of 
nanoparticle injection.

Numerical Tools for NP Transport Modeling
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Figure 5.4 Radial geometry: conceptual model and example of simulation 
results. Modified from Ref. [17], Copyright 2014, with permission from Elsevier.

Like many transport models, MNMs can be run in two modes:

	 ∑	 Predictive or forward mode: Assuming that transport-
controlling mechanisms and transport parameters 
(attachment/detachment and clogging) are known, the model 
is run once to forecast NP transport.

	 ∑	 Inverse mode: Assuming transport mechanisms and 
determining the transport parameters (e.g., ka and kd) by 
fitting experimental data (e.g., breakthrough curves and 
concentration profiles).

5.3.2 MNM3D for Three-Dimensional NP Transport 
Modeling

MNM3D is a FORTRAN code developed for the simulation of NP 
transport in real complex scenarios [29]. In MNM3D, the colloid 
transport equations and the dependencies of the attachment and 
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detachment kinetic coefficients on transients in pore–water IS and 
velocity have been implemented. MNM3D combines MNMs with the 
well-known transport model RT3D [38], a numerical code that solves 
the reactive transport of multiple mobile and/or immobile dissolved 
species in three-dimensional saturated groundwater systems.
	 MNM3D implements a dual-site reversible attachment kinetics, 
where the deposition terms are expressed according to the general 
formulation proposed by Tosco and Sethi [25]. It solves the NP 
transport Eqs. 5.1 and 5.2, accounting for dependency of the 
attachment and detachment kinetics on the groundwater IS (Eqs. 5.5–
5.7) and velocity (Eqs. 5.3 and 5.4). In addition, MNM3D implements 
a new formulation of the attachment and detachment coefficients to 
simulate the simultaneous effects of pore–water velocity and IS [29]. 
To this purpose, the dependency of the empirical parameters Ca,i and 
Cd,i on the IS has been explicitly expressed by coupling Eqs. (5.3 and 
5.4) with Eqs. (5.5 and 5.6):
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where C’a,i and C’d,i are fitting parameters, which account for all the 
other phenomena not explicitly considered here.
	 Heterogeneities in the hydrodynamic properties of the porous 
medium and of the particle–soil interactions can be taken into 
account by implementing space–variable hydrodynamic, transport, 
and kinetic parameters. MNM3D is composed of four different 
packages that can be alternatively selected according to the 
phenomena that must be introduced into the simulation: particle 
transport with reversible attachment, IS-dependent transport, 
velocity-dependent transport, coupled IS- and velocity-dependent 
transport. MNM3D can be easily implemented in many open source 
and commercial graphical interfaces, which already support RT3D, 
and will be included in a future release of the commercial software 
Visual Modflow Flex (Waterloo Hydrogeologic).

Numerical Tools for NP Transport Modeling
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5.4 Using the Modeling Tools to Assist  
NP-Based Remediation

The implementation of an NP-based remediation technology at a 
contaminated site requires the support of quantitative modeling 
tools to predict the NP mobility at different stages of the technology 
application, both in the planning and design stages, and in a later 
stage to predict the long-term particle mobility after injection. 
Performing a nanoremediation, like any other technology 
application, is a stepwise process. Quantitative modeling tools and 
laboratory tests can support the design process by predicting the 
NP mobility at different stages of the technology application, both 
during the planning and implementation, and in a later stage, to 
predict the long-term particle mobility after injection.
	 In the first stages of the evaluation of the technology applicability, 
an NP transport model can be used in combination with column 
transport tests performed for a specific field application: by modeling 
the experimental results of selected tests, the key transport features 
of the NPs can be extrapolated and used to simulate NP transport 
under a wider set of conditions. In the second step, an NP transport 
model will be used to forecast placement of the NP with the injection, 
and to forecast NP long-term mobility, i.e., potential transport of 
particles out of the core area during and after injection. Regarding 
verification, model forecasts can guide how, where, and when to 
monitor, to prove that the expectations on NP placement are met.
	 The main advantages those modeling tools can offer during the 
design of a full-scale injection of nanoparticles in groundwater are:

	 ∑	 Limiting the number of tests to be performed in the 
laboratory: Column transport tests are usually performed to 
identify the driving forces playing a major role in the field-
scale mobility of the particles. As an example, flow velocity 
is expected to be a key parameter affecting the result of a 
pilot injection through a screened well. Several column tests 
are usually necessary to fully characterize the influence of 
flow velocity on the particle mobility in all the field-relevant 
conditions, for example, near-well high velocity, decreasing 
velocity with increasing distance from the well, background 
flow, etc. When instead a numerical model is available, such 
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as MNMs, only a few (typically 3 or 4) column tests injecting 
particles at different flow rates are sufficient. If the parameter 
of interest is the injected concentration, or the concentration 
of stabilizer, the same approach can be adopted, running a 
few column tests at different NP or stabilizer concentrations. 
MNMs is then applied to extract quantitative information on 
the key transport features associated with the investigated 
parameter (inverse mode), and also to simulate NP transport 
under a wider set of conditions (forward mode). Modeling 
may thus spare extensive costly and time-consuming 
experiments, while widening the range of conditions that can 
be investigated.

	 ∑	 Exploring different implementation scenarios: The 
information gathered from the modeling of the column 
tests, in terms of processes identified and associated rate 
parameters, has general validity. Simulations can, therefore, 
be run in the forward mode to forecast NP transport under 
various implementation scenarios. The model results can 
aid in optimizing NP and slurry properties and injections 
schemes (e.g., based on a desired radius of influence and 
NP concentration in the target area, which discharge rate 
should be applied, how long injection should last, which 
concentration of NPs and stabilizers is the most effective, 
etc.). On the other hand, models can also be used to foresee 
the injection performance when operating conditions are 
fixed and represent a limiting factor in the application of the 
remediation (e.g., maximum injectable discharge rate with 
the available pumps, longest possible injection time, etc.). 
Equally important, model results can point out what crucial 
but still missing information would contribute most to a 
better-informed decision and, therefore, suggest if and which 
additional laboratory transport tests should be performed to 
fill the knowledge gaps.

	 ∑	 Guiding monitoring and testing assumptions: A model-
supported and reasoned monitoring plan can, therefore, help 
reducing the overall costs of the remediation technology, in 
terms of installation of new monitoring points, schedule of the 
sampling campaign, and number and position of core sampling. 

Using the Modeling Tools to Assist NP-Based Remediation
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Moreover, any discrepancy between actual observation and 
previous modeled prediction should rise questions on the 
reliability of the conceptual site model, providing information 
to revise it and adjust any follow-up activities.

5.4.1 Overall Strategy

Figure 5.5 summarizes a strategy for the model-assisted design of 
a pilot injection of NPs through a screened well in aquifer systems. 
The approach combines experiments and modeling through these 
steps:

	 ∑	 Porous medium (core sampling) and groundwater samples 
are collected at the contaminated site.

	 ∑	 A detailed physicochemical characterization of the NP slurry, 
groundwater, and porous medium is performed.

	 ∑	 Based on NP and porous medium properties, a first guess of 
the transport-controlling mechanisms is made (e.g., attractive 
or repulsive interaction energies predicted by DLVO theory).

	 ∑	 Columns are packed using the site porous medium, and 
a tracer test is run on each column to determine porosity 
and dispersivity; a few transport tests under well-defined 
conditions are then performed at different injection rates 
(typically three or four).

	 ∑	 Transport coefficients (i.e., attachment/detachment coeffi-
cients and other specific parameters of the considered mecha-
nism) are fitted against experimental results; if model fitting 
is unsatisfactory, the initial guess on transport mechanisms is 
updated via an iterative procedure (e.g., comparison of model 
and experimental data suggests that physical filtration may 
dominate over blocking).

	 ∑	 The trend of ka and kd with flow velocity and/or other relevant 
parameters (e.g., IS) is verified against the theoretical model 
formulations (Eqs. 5.8 and 5.9). The corresponding coefficients 
are determined.

	 ∑	 One-dimensional radial simulations are run in the forward 
mode, assuming the transport mechanisms and parameters 
as determined in the previous steps. Simulations are run 
assuming different injection rates and injection durations, 
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thus deriving the expected radius of influence, particle spatial 
distribution, and pressure buildup for each set of operative 
conditions (see also Ref. [17] for an example of application).

Figure 5.5 Procedure for the interpretation of column tests to derive 
information for the simulation at larger scales. Green boxes refer to experimental 
data; blue boxes refer to transport modeling; orange boxes refer to conceptual 
relationships.

	 ∑	 Based on the model results, the preferred injection scenario for 
the pilot test is implemented. After the pilot test is performed, 
the particle distribution around the injection point and radius 
of influence predicted by the model are compared to those 
obtained in the field. To this aim, monitoring results are 
needed. In particular, it is crucial to have information on the 
NP mobility during the injection (which can be obtained, for 
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example, by collecting water samples over time in monitoring 
piezometers around the injection point), and the final particle 
distribution after injection (to be reconstructed, for example, 
by analyzing the concentration of NPs in soil cores collected in 
the proximity to the injection point, at various distances).

	 ∑	 If model and experimental results of the pilot injection are 
in good agreement, the model is validated, and the transport 
mechanisms and coefficients derived from laboratory tests 
can be assumed valid also at the large (field) scale. If the 
agreement is not satisfactory, the model parameters are 
adjusted to match the monitoring results, and the new set 
of parameters is used for further steps of the remediation 
design.

	 In some cases, such as when the heterogeneity of the porous 
medium or the background natural flow cannot be neglected, the 
radial model may not be adequate and full three-dimensional 
numerical simulations have to be performed, for example, using 
MNM3D. A three-dimensional model is instead always required for 
the full-scale design of a field injection in a heterogeneous aquifer 
with multiple wells, or to forecast NP mobility on a longer timeframe.

5.5 Application to a Contaminated Site

In this paragraph, a synthetic case study concerning the application 
of the protocol proposed in this chapter is presented. The application 
concerns the hypothetical field injection of ferrihydrite NPs for 
the stimulation of the bioremediation of an aquifer contaminated 
by chlorinated hydrocarbons [15]. The experimental data used in 
this test case are obtained from a previous publication [39], which 
the reader can refer to for a detailed description of methods and 
experimental results of the column transport tests. Even though the 
tests in the cited study were performed using a quartz sand, and not 
soil collected at a specific site, we assume here that the transport 
behavior of the ferrihydrite NPs observed (and modeled) in the 
laboratory can be extrapolated to the full-scale application (i.e., to 
a real aquifer system). This is not, as a general rule, a procedure 
applicable to real cases. However, this assumption is made here since 
the application presented is a synthetic case, aimed at exemplifying 
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the application of the modeling up-scaling procedure, rather than to 
present a real application.

5.5.1 Column Transport Tests

Ferrihydrite NPs, having an average radius of 106.7 ± 15.5 nm 
(dynamic light scattering measurement, Zetasizer Nano S90, Malvern 
Instruments Ltd, UK), were dispersed in DI water with the addition 
of NaCl at different concentrations (0.1 to 10 mM). Chromatographic 
columns (inner radius of 8 mm, length 11.3 cm) were wet-packed 
with quartz sand (Dorsilit 8, Dorfner, Germany; mean diameter  
d50 = 0.194 mm). Tracer tests provided an average effective porosity 
of 0.447 (±0.021) and an average dispersivity of 2.82 (±0.62) ×  
10−4 m. The electrophoretic mobility measurements (Zetasizer Nano 
ZS, Malvern Instruments, Malvern, UK) evidenced a negative surface 
charge for both particles and sand, under the entire range of IS 
explored. The estimation of particle–collector interactions using the 
DLVO theory indicated repulsion for all explored IS, thus suggesting 
that particle deposition in column tests likely follows a blocking 
kinetics.
	 Ferrihydrite transport tests were performed injecting the 
particles dispersed in NaCl solutions at an NP concentration of 
7.5 mg/L. The protocol included a pre-flushing with particle-free 
solution, the injection of the NP suspension, and one or more post-
flushing steps. The detailed protocol is reported in Tosco et al. [39]. 
The inlet and outlet concentration of salts and NPs was monitored 
online via optical density measurements (UV-Vis spectrophotometer 
Specord S600, Analytik Jena, Germany) equipped with flow-through 
cells.
	 The tests are here analyzed with the aim of assessing the 
influence of IS (IS equal to 0.1 mM, 1 mM, 3 mM, 5 mM, and  
10 mM) and flow rate (q equal to 7.76 × 10−5 m/s, 1.55 × 10−4 m/s, 
2.33 × 10−4 m/s) on the transport and deposition of the particles 
when injected in the porous medium. Assessing the impact of flow 
rate on ferrihydrite NPs is important since, during the injection in 
the field through a screened well, the pore–water velocity decreases 
hyperbolically with increasing distance from the delivery point. 
As a consequence, it is important to determine the coefficients Ca,i 
and Cd,i in Eqs. 5.3 and 5.4 to model this dependence. On the other 
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hand, the influence of IS is relevant since usually NPs are dispersed 
in tap water before the injection in the subsurface, and the IS of the 
tap water is typically different from the IS of the groundwater. As 
a consequence, the transport of the NPs during the injection and, 
more importantly, after injection, when the natural flow is restored 
in the injection area, may be significantly affected by the IS of the 
water used to prepare the suspension to be injected, and of the 
groundwater. This dependence is modeled by Eqs. 5.5–5.7, and the 
parameters needed to model the phenomenon are ka,∞, CDC, βa (for 
the attachment rate), kd,0, CRC, βd (for the detachment rate), and γs 
and βs (for the blocking function).
	 To highlight the abovementioned impacts and to derive the 
associated model parameters, two sets of experiments were run. 
For each test, the experimental breakthrough curve was least-
squares fitted to model Eqs. 5.1 and 5.2, assuming two concurrent 
deposition mechanisms, one (i = 1) following a reversible blocking, 
as suggested by the DLVO profiles, and the other one (i = 2) following 
a linear irreversible deposition. As a consequence, the equations for 
this application are:
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	 The corresponding ka,1, kd,1, smax,1, and ka,2 were determined for 
each test.
	 A first set of column tests was performed at the same flow rate 
(q = 7.76 × 10−5 m/s), while the IS changed from test to test, and 
the breakthrough curve was least-squares fitted using MNMs. In 
Fig. 5.6a, the experimental and modeled breakthrough curves are 
reported. The coefficients obtained from the inverse modeling of 
the experimental data are reported in Fig. 5.6b: the trend of the 
attachment/detachment coefficients with changing IS is consistent 
with those previously observed for other particles, and in particular 
for latex microspheres [22] and graphene oxide [29]: the attachment 
rates ka,1 and ka,2 increase with increasing IS, while the detachment 
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rate kd,1 decreases with a similar but opposite trend. Also the 
maximum concentration of particles retainable onto the solid phase 
smax,1 increases with IS. In Fig. 5.6b, the solid lines representing 
these trends reproduce the model curves of Eqs. 5.5–5.7 for both 
deposition sites, which were obtained fitting the trends of the four 
coefficients. The parameters are reported in Table 5.2.
	 The second set of column tests was performed keeping the IS 
constant among the tests (5 mM or 10 mM), while the flow rate was 
changed from test to test. The experimental breakthrough curves 
were fitted using MNMs, similar to the previous set of experiments, 
to the model Eqs. 5.1 and 5.2. The trends of ka,1, kd,1, smax,1, and ka,2 
as a function of pore–water velocity were analyzed following a 
procedure similar to the one described for IS-dependent tests (data 
not reported). The parameters Ca,1, Cd,1, and Ca,2 of Eqs. 5.3 and 5.4 
were determined for the two IS values, respectively, equal to 0.11, 
58.41, and 0.0031 for IS of 5 mM; equal to 0.21, 12.30, and 0.0011 for 
IS of 10 mM. No evident dependence of smax,1 on the flow velocity was 
observed, similar to previous studies [29]. As a consequence, smax,1 
was assumed independent of flow velocity. Finally, the information 
on the dependence of deposition and release kinetics was combined, 
determining C’a,1, C’d,1, and C’a,2 of Eqs. 5.8 and 5.9, which were 
obtained equal to 0.255, 5.54 × 103, and 4.81 × 10−3, respectively. 
The fitted coefficients were then used for the predictive simulation 
of particle injection at larger scales and in more complex geometries.
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Figure 5.6 (a) Experimental (color) and modeled (black) breakthrough curves 
for ferrihydrite transport tests performed at different ionic strength values, and 
(b) corresponding parameters ka, kd, and smax. Modified from Ref. [39]. Copyright 
2012 American Chemical Society.
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Table 5.2	 Model parameters of Eqs. 5.5–5.7 for the two deposition sites

Parameter Site 1 (i = 1) Site 2 (i = 2)

Attachment rate ka,i (Eq. 5.5) ka∞,i (s−1) 4.1 × 10−3 7.74 × 10−5

CDCi (mM) 3.7 3.7
βa,i (–) 1.3 1.3

Detachment rate kd,i (Eq. 5.6) kd0,i (s−1) 1.0 × 10−3 —
CRCi (mM) 0.1 —
βd,i (–) 1.3 —

Maximum deposited 
concentration smax,i (Eq. 5.7)

γs,i (–) 6.0 × 10−7 —
βs,i (–) 1.6 —

Note: The model curves obtained from Eqs. (5.5–5.7) using the parameters reported 
in this table are reported as solid lines in Fig. 5.6.

5.5.2 Pilot Injection Modeling

A pilot injection of the ferrihydrite NPs through a screened well 
was then performed using the radial simulation tool of MNMs. 
The particles were dispersed in water with IS equal to 5 mM at 
a concentration of 0.5 g/L and injected following two injection 
protocols:

	 ∑	 Protocol 1: discharge rate of 60 L/min for 5 h;
	 ∑	 Protocol 2: discharge rate of 20 L/min for 15 h.

	 Both protocols consider the injection of 18 m3 of NP suspension.
	 The aquifer material was assumed identical to the one used in 
the column tests, and consequently the NP transport mechanisms 
and parameters determined from the column tests were assumed 
valid. A porosity of 0.25 was adopted. The simulation results are 
reported in Fig. 5.7 in terms of total (deposited + suspended) NPs 
concentration. For comparison, the profile obtained for a tracer is 
also reported. The simulations evidence a radius of influence for 
the NPs close to the radius of influence of the tracer. The injection 
rate does not significantly affect the overall particle distribution, 
since the NP suspension is fairly stable and well transported in the 
porous medium. As a consequence, for a real application, the highest 
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injection rate, 60 L/min, would be selected, thus limiting injection 
time, and consequently costs.
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Figure 5.7 Total (suspended + deposited) concentration of ferrihydrite NPs 
and of a tracer as a function of the radial distance r from the injection well.

5.5.3 Modeling Full-Scale Injection

A full-scale remediation of a contaminated site by injection of 
ferrihydrite NPs was finally simulated in MNM3D. The coupled 
IS-velocity-dependent model was used to take into account the 
concurrent influence of the pore–water velocity, mainly affecting the 
short-term transport, and groundwater salinity, governing the long-
term behavior of the slurry. The site considered in this example is 
a heterogeneous multilayered aquifer contaminated by BTEX. The 
aquifer is composed of an upper sandy layer (k = 5 × 10−6 m/s), a 
lower gravel porous medium (k = 5 × 10−3 m/s) and a silty–clay 
lens (k = 2 × 10−8 m/s) interposed between the two main strata, 
for a total average depth of 16 m. The ferrihydrite particles were 
injected in the high permeability gravel layer, where the core of the 
contamination is located. Like for the radial simulation, a porosity of 
0.25 was adopted for the gravel aquifer. The flow direction was S–N, 
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with an average Darcy velocity of 0.5 m/day. Natural IS of 10 mM 
was assumed. The particle slurry was injected at a concentration of 
1 g/L through three wells having a 1 m long screening, from 12 to 13 
m b.g.l. The IS of the suspension was equal to 5 mM. The injection 
was 5 h long at a constant discharge rate of 60 L/min. The transport 
of nanoparticles under natural flow was also simulated to foresee 
the fate of the slurry 10 days after the injection.
	 Figure 5.8 reports the results of the simulation at the end of the 
5 h long injection. The concentration distribution around the wells 
has a radial-like shape, since the natural flow velocity is much lower 
than the velocity field generated by the injection. However, the 
resulting particle plumes are slightly asymmetrical, because of the 
effect of the flow field, and strongly affected by the presence of the 
other wells. The total concentration profile along the section S–S, 
shown in Fig. 5.9a, reports a slightly lower concentration than the 
one simulated by the radial model (compare Fig. 5.7 and Fig. 5.9a). 
This is again due to the combined effect of the natural flow field and 
of the multi-well injection, which produced a lower attachment close 
to the well. The graph shows also the reduction of IS induced by the 
injection of a 5 mM suspension into a 10 mM groundwater, which 
is another factor promoting the wide spreading of the slurry. It is 
worth to highlight that, thanks to the high mobility of the particles 
considered in this example, only a small fraction of the particles is 
already deposed into the porous medium (green curve) at the end 
of the injection, while most part is still in suspension. It is, therefore, 
very important to be able to foresee the NP behavior on a longer 
timescale after the injection.
	 Figure 5.9b shows the concentration profile after 10 days from 
the end of the injection. Particles were transported just by natural 
flow, slowly mixing with the higher IS groundwater. The particle 
plume is still partly mobile after 10 days, even if the fraction of 
suspended NPs is constantly decreasing. The concentration profile 
shows a peak close to the injection well, and a constant concentration 
downstream, where the concentration of deposited particles reached 
smax. Thanks to the good mobility of the ferrihydrite NPs, the natural 
flow contributes to create a wide area downstream the injection 
points where the NP concentration is pretty homogeneous, thus 
providing the optimal conditions for the stimulation of the bacterial 
activity, which is the final goal of the injection of ferrihydrite NPs.
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Figure 5.8 Map of total (suspended + deposited) concentration of ferrihydrite 
NPs at the end of the injection.

Figure 5.9 Total (suspended + deposited) NP concentration, deposed NP 
concentration, and ionic strength profile along the section S–S at the end of the 
injection (A) and after 10 days (B).

5.6 Conclusion

In this chapter, the main mechanisms and driving forces governing 
the transport of nanoparticles in porous media have been presented, 

Conclusion
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with a focus on iron-based NPs employed for groundwater 
remediation. The most common modeling approach for NP transport 
in groundwater is based on a modified advection–dispersion 
equation accounting for particle–porous medium interactions. 
These interactions can be strongly influenced by both operating (e.g., 
injection rate) and geochemical (e.g., IS) conditions. Understanding 
and modeling these phenomena is of pivotal importance in all 
the stages of a nanoremediation design, such as design and 
interpretation of laboratory tests, definition of the most suitable 
operating parameters, and prediction of NP fate and transport and 
effectiveness at the field scale.
	 To this aim, an integrated experimental and modeling approach 
was presented to foresee performances of an NP injection at the 
field scale, by characterizing and modeling the NP transport at 
the laboratory scale. Targeted laboratory experiments have to be 
performed to identify the main driving forces influencing the NP 
mobility and to derive site-specific transport parameters. These 
results are then supported by modeling interpretation and up-
scaled to foresee the NP behavior at larger scales. Mathematical 
tools can be used to get a reliable estimation of several operative 
parameters, for example, particle distribution around the injection 
well, radius of influence for a target concentration, number of 
required injection wells. In this sense, the maodels are useful tools 
to test several alternative scenarios, allowing to easily span a wide 
range of conditions with a limited number of laboratory and pilot 
tests.
	 Two modeling tools were here proposed to deal with 
nanoparticle transport at the different scales of the problem: MNMs, 
for the assisted quantitative analysis of laboratory-scale column 
tests and preliminary design of pilot NP injections in a simplified 
geometry (radial one-dimensional simulations), and MNM3D, a full 
three-dimensional transport module for the simulation of particle 
injection in heterogeneous domains, and for the prediction of NP 
fate and transport at the field scale.
	 The combined experimental and modeling approach was here 
applied to the design of an iron oxide-based nanoremediation. The 
procedure proved to be effective in providing useful information 
for the design of a field-scale injection and for the prediction of the 
long-term fate of NPs introduced in groundwater. However, it is 
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worth to highlight that in order to get reliable information, models 
require that a good conceptual model of the aquifer is formulated 
and that a suitable characterization and degree of knowledge of the 
hydrodynamics and geochemistry of the site is carried out. Even 
if it was not included in the example provided in this chapter, it is 
worth to recall here that the interplay between modeling and field 
monitoring data is a crucial step in the successful design of an NP-
based remediation. Model forecasting should always go hand in hand 
with adequate monitoring and vice versa, model results can guide 
how, where and when to monitor, to prove that the expectations on 
NP placement—and remediation targets and safety—will be met. As 
a consequence, the use of models is not intended to supply unknown 
information of the site, but to support, strengthen, and extend 
known information, which still need to be retrieved by well-studied 
experimental tests and sampling campaign.
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6.1 Introduction

In the last two decades, nZVI has been established as a 
multifunctional material exhibiting wide applicability in the large-
scale remediation of surface water with microbial contamination [1, 
2], groundwater in sediments, and soils at localities contaminated 
by various inorganic and organic hazardous substances [3–5]. 
Zerovalent iron nanoparticles exhibit extremely high efficiency and 
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versatility of degradation (through effective reduction and catalysis) 
and/or removal of more than 70 environmental contaminants [6], 
and as such can be probably considered one of the most universal 
remediation materials [5, 7–9 and references therein]. The 
contaminants easily removable by nZVI particles involve halogenated 
hydrocarbons [10–13], metals (As, Cu, Co, Cr, Ni, Pb, Hg, etc. [14]), 
various anions [15], radionuclides, organic dyes [16], amoxicillin, 
ampicillin, pesticides, trinitrotoluene (TNT) [17], hexahydro-1,3,5-
trinitro-1,3,5-triazine (RDX) [18], or chemical warfare agents [19]. 
This fact was successfully demonstrated in dozens of laboratory and 
large-scale studies [5, 8, 20]. The in situ technologies, utilizing nZVI 
particles, include construction of permeable reactive barriers (i.e., 
reactive zones) or injection of surface-modified nZVI dispersions 
into contaminated groundwater within saturated porous media such 
as soils and sediments [7, 8, 21]. The in situ applied nZVI particles 
thus represent one of the most widely investigated environmental 
reactive remediation technologies replacing usage of macroscopic 
(granular) or microsized zerovalent iron [9]. Recently, nZVI particles 
were successfully commercialized as a new generation of versatile 
and cost-effective environmental remediation technology [5]. 
Furthermore, they have shown even an ultimate ambition to replace 
conventional environmental technologies altogether.
	 However, the efficiency of nZVI particles is strongly dependent 
not only on their size (i.e., affecting specific surface area of nZVI 
particles), but also on the actual Fe0/Fetot ratio [4]. The best results 
were approached with powdered particles prepared using a 
thermally induced conversion of a suitable Fe(III)-based precursor 
under a reductive atmosphere [11, 22, 23]. The application of these 
nZVI particles, however, requires their transfer into an aqueous 
media in order to form a dense or diluted water slurry, which is 
then routinely transported, stored, and applied. However, most 
frequently, the usage of such a slurry requires intensive mixing or 
resuspension in either laboratory or for large-scale remediation 
of contaminated groundwater (i.e., poured or injected into treated 
wells at contaminated sites). The reactivity and subsurface 
mobility of nZVI particles are then predetermined by any surface 
modification [4, 24], which is frequently used in order to suppress 
massive aggregation of particles and, as such, retain maximal active 
surface area of the particles [6, 25]. However, even when stored in 
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either surface-modified or surface-passivated form, nZVI particles 
spontaneously change to the form of core–shell particles Fe-@-
(FeO, Fe3O4, FeOOH, Fe(OH)2, Fe(OH)3, etc.) because of their low 
selectivity to a variety of chemicals, including dissolved oxygen, 
sulfates, nitrates, and even water molecules.
	 Based on the above-mentioned statements, the real content of 
zerovalent iron (Fe0/Fetot ratio) is one of the crucial parameters 
predetermining the applicability of nZVI dispersion in any large-
scale groundwater remediation [26]. As the application of nZVI 
dispersions represents a cost-demanding procedure, a detailed 
characterization of the used materials, including exact knowledge 
of the active content of zerovalent iron in the nZVI dispersion, 
is required prior to any laboratory and field experiments or site 
remediation. Although the content of active nZVI represents a 
crucial parameter, no paper has so far focused on the invention of 
a field method precisely evaluating the Fe0 content in nZVI slurries. 
More importantly, numerous studies, dealing with nZVI reactivity 
published so far, utilize nZVI particles without their detailed 
characterization. Those results could be, therefore, negatively 
influenced by partial nZVI oxidation prior to their application or 
testing.
	 Although a great variety of techniques are available for the 
characterization of nZVI particles from the physical, structural, and 
chemical point of view [6, 22, 25, 27], most of them are accessible 
exclusively in highly specialized laboratories and research centers. 
Therefore, they are unavailable for routine controls of the phase 
composition of nZVI slurries used in remediation. In addition, only 
some of the techniques can reveal the degree of oxidation of nZVI 
particles and can accurately determine the required Fe0/Fetot ratio. 
The following standard techniques can detect even a thin layer of 
iron oxides on the surface of nZVI particles: XRD; transmission 
electron microscopy (TEM) in combination with electron 
diffraction, energy-dispersive X-ray spectroscopy or electron 
energy-loss spectroscopy; 57Fe Mössbauer spectroscopy; X-ray 
photoelectron spectroscopy (XPS); Auger electron spectroscopy 
(AES); secondary ion mass spectroscopy (SIMS); and synchrotron-
based X-ray absorption spectroscopy (XAS). Aside from the above-
listed sophisticated techniques, the following techniques can also 
be applied: acid digestion accompanied by hydrogen evolution 
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(the amount of hydrogen is typically measured by gas pressure 
or gas chromatography); temperature programmed reduction 
of iron oxides (to measure oxygen in nZVI); electrochemistry 
(i.e., voltammetry); magnetometry (vibrating-sample or SQUID 
magnetometers); Fourier transform infrared (FTIR), Raman, and 
electron paramagnetic resonance (EPR) spectroscopy; and chemical 
oxidation of metallic iron with copper (for the estimation of the 
oxide layer thickness).
	 Nevertheless, field applications require a quick, cheap, accurate, 
and easy-to-perform technique for the determination of the Fe0/Fetot  
ratio characterizing the reactivity of nZVI dispersions, which are 
delivered to the contaminated sites or prepared directly prior 
to or during the process of remediation. Alternatively, the same 
measurement technique would be useful for routine checks of nZVI 
dispersions in injection, as well as in monitoring wells during and 
after the performed remediation.
	 Following our previous extensive experience with synthesis, 
surface modification, detailed characterization, and application 
of nZVI particles in aqueous dispersions [11, 13, 14, 21, 28], we 
summarize in this chapter key techniques applicable for nZVI 
characterization, including the in situ monitoring of nZVI synthesis. 
Moreover, we present here comparison of two standard sophisticated 
laboratory techniques [29] with one, newly invented, technique to 
quantify the Fe0 content in aqueous slurries. These three techniques 
were used to monitor the ageing process of nZVI dispersions 
stored under various conditions. The conditions were chosen with 
respect to known possible storage and/or transfer conditions 
preceding full-scale applications at the remediation sites. The 
ageing process of selected samples of nZVI particles, stored in their 
aqueous dispersions, was monitored using three key experimental 
techniques: XRD, 57Fe Mössbauer spectroscopy, and optimized acid 
digestion accompanied by hydrogen evolution. It is well known that 
the first two techniques can provide the user with complementary 
quantitative information about the Fe0/Fetot ratio, but they are not 
available at the application sites. Therefore, for application in sites, 
we suggest the acid digestion method, which can be distinguished 
by its simplicity of experimental adjustment and performance and 
as such can be employed directly at the site as a necessary quality 
control of the nZVI dispersion prior to the in situ application.
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6.2 Methods for in situ Monitoring the 
Mechanism and Kinetics of nZVI 
Preparation

There exist several ways for the preparation of highly reactive 
micro- to nanoscale zerovalent iron particles. Thermally induced 
solid-state syntheses represent simple and cost-effective methods to 
prepare zerovalent iron nanoparticles in a large scale. This is proved 
by the fact that the two most important producers of nZVI material 
(i.e., NANO IRON and TODA companies) utilize the process of high-
temperature reduction of suitable iron oxide precursors under 
hydrogen. In this chapter, we will summarize the techniques for 
in situ monitoring of the iron oxide powder reduction in hydrogen 
leading to the preparation of micro- to nanoscale zerovalent iron 
particles.
	 Generally, the thermally induced solid-state transformation from 
iron oxide powder to metallic iron particles can be described by the 
simple Eq. (6.1) [11, 23]:

	 Fe2O3 + 3H2 Æ 2Fe0 + 3H2O	 (6.1)

	 A similar mechanism is known in the case of ferric oxyhydroxide 
polymorphs:

	 FeOOH + 1.5H2 Æ Fe0 + 2H2O	 (6.2)

	 However, as it will be shown later, the exact mechanisms are 
more complex, including the initial reduction of Fe2O3 to magnetite 
followed by its subsequent reduction to metallic iron nanoparticles 
[30]. This thermally induced solid-state approach allows only to 
precisely monitor the formation of metallic iron particles using 
several complementary approaches, but also to easily control the 
process leading to the preparation of nZVI particles with tailored 
properties.

6.2.1 High-Temperature X-Ray Powder Diffraction

High-temperature X-ray diffraction (HT-XRD) plays a significant 
role in the study of the transformation and synthesis processes of 
materials. The main goal of this technique is to in situ monitor the 
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mechanism and kinetics of structural and phase changes during 
the thermal treatment of various solid materials in air, inert or 
reaction gases (reductive or oxidative) under variable conditions 
(e.g., temperature, gas pressure, duration of the treatment, etc.). The 
knowledge of the exact reaction kinetics is a basic prerequisite for 
nZVI preparation at a large scale. The in situ monitoring also allows 
monitoring of the crystallinity of all observed phases at any certain 
temperature [23]. The crystallinity, defined as the mean length of 
X-ray coherent domains, is proportionally related to particle size of 
given phase(s). HT-XRD thus represents a unique tool for monitoring 
the thermal reduction of an iron oxide precursor as it records 
structural characteristics of the treated sample at any defined 
temperature [30]. The set of collected XRD patterns, together with 
the knowledge of the exact experimental conditions, is then used 
to estimate and describe the solid-state reactions. The observed 
reaction mechanism in hydrogen depicted in Fig. 6.1 includes the 
initial reduction of Fe2O3 to magnetite (Fe3O4) between 250 and  
350 °C, followed by its reduction to metallic a-Fe (the reduction starts 
at around 300 °C). From the changes in broadening of diffraction 
peaks (i.e., from the calculated mean coherence lengths), one can 
control the resulting particle size and/or the degree of sintering, 
leading to a controlled specific surface area (and thus controlling the 
nanoparticle reactivity).
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Figure 6.1 Phase-composition plot derived from the dynamic HT-XRD 
monitoring of hematite reduction to nZVI in H2 (left); XRD patterns showing 
the evolution from magnetite precursor to hollow-sphere nZVI particles (data 
recorded at 300 °C every 10 min). Adapted with permission from Ref. [30]. 
Copyright 2016 American Chemical Society.
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	 Besides experiments in dynamic conditions (Fig. 6.2, right), the 
isothermal experiments are designed to evaluate the kinetics of the 
reactions (Figs. 6.2, left and 6.1, right). However, it is always advised 
to correlate results from HT-XRD with other techniques monitoring 
in situ the reaction pathway (see below) in order to avoid overlooking 
some hidden processes, including surface defects and formation of 
amorphous intermediates.
	 By changing the experimental conditions and/or using variable 
precursors, one can finely tune the properties of resulting nZVI 
particles (particle size, particle shape, specific surface area, some 
surface characteristics including passivation by additional oxide 
layer, and, therefore, reactivity of the prepared material) [19, 31].
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Figure 6.2 Design of isothermal (left) and dynamic (right) HT-XRD experiments.

6.2.2 Thermoanalytical Methods

The process of iron oxide reduction could be further monitored using 
thermal analysis methods, employing either calorimetric methods 
(like differential scanning calorimetry, DSC) or thermogravimetry 
(TG) to directly monitor temperature-induced reactions under 
various atmospheres. The simultaneous TG and DSC measurement is 
an effective tool for understanding the complex investigated process 
on modern thermoanalytical instruments. The further advantage 
of this technique is a possible coupling of TG/DSC with evolved gas 
analysis (EGA) based on mass spectrometer or FTIR spectroscopy 
for the identification of volatile decomposition products.
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	 The thermal reduction of nanocrystalline iron oxides (identical 
to sample from Ref. [11]) in a mixture of hydrogen and nitrogen 
gases (10% of H2 in 90% of N2) starts at about 400  °C, and the  
reduction is completed above 500 °C (Fig. 6.3). The process evidently 
comprises two steps, and it is consistent with Eq. (6.2) with a weight 
loss of 31%. In addition to the observed weight changes due to the 
reductive transformations of precursors, kinetic analysis can also be 
routinely performed using TG. A multivariate nonlinear regression 
of kinetic data could be used for the calculation of activation energy 
for the monitored process.
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Figure 6.3 The thermal reduction of nanocrystalline iron oxides (identical to 
sample from Ref. [11]).

	 The methods of thermal analysis can also be employed to 
evaluate the thermal stability of prepared nZVI particles. The 
as-prepared nZVI particles are highly pyrophoric, and they have 
to be stored either in a dry state under protective gas (typically 
N2) or surface passivated for easy transport and storage on air. 
Especially for the storage and transport of surface-passivated nZVI 
particles, the evaluation of the thermal stability is critical. Figure 6.4 
demonstrates the thermal stability of nZVI with a 4 nm thick oxide 
shell as monitored by TG.
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Figure 6.4 Thermal stability of surface-passivated nZVI as viewed by TG.

6.2.3 Thermomagnetic Analysis

Another way to monitor the process of iron oxide reduction in 
hydrogen is to measure changes in magnetic properties of the sample 
during the temperature increase. Measurement of temperature 
dependence of the magnetic moment (i.e., thermomagnetic 
curves) of powdered materials is performed on a vibrating-sample 
magnetometer (VSM) equipped with a suitable furnace. The exact 
temperatures of transformation can be then estimated from the 
temperature dependences of the magnetic moment. Additionally, the 
observed Curie temperature of particular phases can help to identify 
the phases formed during the thermal treatment. The example 
shown in Fig. 6.5 illustrates the thermal reduction of ferrihydrite 
(Fe5HO8·4H2O) powder in hydrogen. From the evaluation of the 
thermomagnetic curve, we can deduce the two-step reduction of the 
iron oxide precursor toward metallic iron. At ~350 °C, the ferrihydrite 
is transformed to magnetite with Curie temperature at 585 °C. Then 
the subsequent growth of magnetization unambiguously indicates 
magnetite reduction to ferromagnetic a-Fe nanoparticles [23].
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Figure 6.5 The illustration of temperature dependence of the magnetic 
moment of ferrihydrite (sample identical to Ref. [11]) reduction in hydrogen. 
Adapted with permission from Ref. [23], copyright 2011 Springer Nature. 

6.2.4 Temperature Programmed Reduction Using Gas 
Adsorption Technique

The temperature programmed reduction (TPR) method is a 
complementary technique to the above-mentioned tools to monitor 
the reduction of iron oxides in hydrogen under conditions of 
dynamic gas flow. The heating rates are carefully controlled for 
samples placed in a U-tube cell made of quartz glass. The hydrogen 
is diluted with an inert carrier gas (typically nitrogen), allowed to 
purge the sample cell before and during the heating, and the amount 
of consumed reactive gas is measured by a thermal conductivity 
detector (TCD) placed before and after the sample cell. Alternatively, 
the apparatus can be connected to a mass spectrometer to obtain the 
gas composition according to the molecular weight of the outgoing 
gas. The results are closely comparable with TG, where the same 
mixture of gases is used. The observed changes in the measured 
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characteristics also support the two-step mechanism, including the 
initial reduction of Fe2O3 to Fe3O4, followed by magnetite reduction 
to metallic iron (Fig. 6.6).

Figure 6.6 Temperature programmed reduction of hematite precursor in 
hydrogen (isothermal measurement at 300 °C).

6.3 Methods for Detailed Characterization of 
As-Prepared, Surface-Modified and Reacted 
nZVI Particles

In order to demonstrate nZVI instability upon storage and to 
prepare nZVI samples with variable Fe0/Fetot ratio, several ageing 
experiments were conducted. Solid nZVI particles (synthesis 
protected by patent no. WO 2008/125068 A2) were purchased from 
NANO IRON Company (commercially available as NANOFER 25P). 
The powdered nZVI material (specific surface area of 27 m2/g; mean 
particle size of 65 nm) was kept in a sealable metal container under 
protective nitrogen atmosphere at room temperature. The particles 
were left without coating (i.e., bare particles) and dispersed in 
deionized water under an inert gas and continuous intensive 
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mechanical stirring for 10 min. All of the aqueous dispersions of the 
nZVI particles were relatively highly concentrated, i.e., 20% (w/w). 
All the experiments were performed with deionized water (18 MΩ/
cm, Millipore), and all chemicals were used without any further 
purification.
	 The dispersions of the bare nZVI particles were sampled into 
60 mL screw-cap glass vials (200 mg of nZVI in 50 mL of distilled 
water). All handling was performed under a protective atmosphere 
of nitrogen (i.e., under oxygen- and humidity-free conditions) in a 
sophisticated glove box (P[box]; JACOMEX, France). One-third of the 
vials were closed and stored in the glove box at room temperature, 
periodically shaken and regularly opened to allow them depressurize. 
Another third of vials were kept aerated at room temperature, 
half-closed and permanently shaken in order to simulate random 
opening of the containers containing delivered nZVI slurry during 
laboratory and/or field experiments. The last third of the vials were 
also tightly sealed and kept both at room temperature and 4 °C. 
Periodically, a set of these vials was opened and nZVI particles were 
directly analyzed in order to eliminate effects of their unwanted 
oxidation, which typically proceeds immediately when the particles 
are exposed to air.
	 In all of the experiments, the Fe0 content was monitored by 57Fe 
Mössbauer spectroscopy, XRD, and acid digestion method. These 
results were consequently mutually evaluated and compared.

6.3.1 X-Ray Powder Diffraction

X-ray diffraction patterns were recorded on an X´Pert PRO 
(PANalytical, The Netherlands) instrument in Bragg–Brentano 
geometry with iron-filtered CoKa radiation (l = 0.178901 nm; 
40 kV and 30 mA), equipped with a fast X´Celerator detector 
and programmable divergence and diffracted beam anti-scatter 
slits. Magnetically pre-concentrated slurries were inserted into 
a conventional cavity sample holder made of stainless steel 
and repeatedly scanned in the 2q range of 20–105° at ambient 
conditions (eight fast continuous scans per hour at a scan speed 
of about 11.5° 2q/min and resolution of 0.017°, during which the 
sample was partially dried). Alternatively, the dry nZVI powder 
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was immersed in silicon-based vacuum grease, spread between 
two Mylar foils and sealed (all handling was made in an inert 
atmosphere of N2 in the glove box); such samples were immediately 
measured in the transmission mode utilizing an incident-beam 
hybrid monochromator. Commercial standards SRM640 (Si) and 
SRM660 (LaB6) from NIST were used for the evaluation of the 
line positions and instrumental line broadening, respectively. The 
acquired patterns were processed (i.e., phase analysis and Rietveld 
refinement) using X´Pert HighScore Plus software (PANalytical, The 
Netherlands), PDF-4+ and ICSD databases (ICSD collection codes are 
a-Fe—631729, magnetite—20596, hematite—82137). Peak shapes 
were modeled using the pseudo-Voigt function, separately refining 
the Caglioti parameters (u, v, w), unit cell parameters, and scale 
factor for each phase.

6.3.2 Transmission 57Fe Mössbauer Spectroscopy

The transmission 57Fe Mössbauer spectra were collected at a 
constant acceleration mode with a 57Co(Rh) source (1.85 GBq). The 
magnetically pre-concentrated slurries were fast frozen in liquid 
nitrogen bath, and measurements were carried out at 250 K and in 
external magnetic field of 0 T for 1 day per sample. The temperature 
of 250 K is selected as the most suitable to keep the samples frozen, 
but it is high enough ensuring that the sample is above the Verwey 
transition temperature of magnetite, as below Verwey transition, the 
spectral components of magnetite turn to a much more complicated 
feature. Alternatively, a dry nZVI powder was prepared under 
protective N2 (i.e., in a glove box) into the form of conventional 
absorber (~5 mg Fe per cm2), and measured at room temperature 
using a spectrometer located directly into the glove box. In both 
cases, the isomer shift values were calibrated against an a-Fe foil at 
room temperature. The spectra were fitted with Lorentz functions 
using the computer program CONFIT2000 [32]. The effects of non-
ideal absorber thickness and variable recoil-free fractions for iron 
atoms in non-equivalent structural sites of different phases were 
expected to be within experimental errors (hyperfine parameters 
±0.02 mm/s, relative spectral area ±3%).
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6.3.3 Acid Digestion

A simple technique for the measurement of Fe0 content in nZVI-
containing slurry was developed optimizing the well-known process 
of acid digestion of metals accompanied by hydrogen gas evolution 
(see also Ref. [33]). The method is based on the measurement of the 
volume of the evolved hydrogen gas during fast digestion of nZVI in a 
concentrated acid. The volume of evolved gaseous hydrogen is directly 
proportional to the amount of nZVI in the measured slurry. The iron 
oxides do not influence the volume of the generated hydrogen and 
produce no hydrogen under these conditions. The reaction of nZVI 
with either potassium bisulfate (KHSO4) or hydrochloric acid (HCl) 
proceeds according to the following reactions:

	 2KHSO4(aq) + Fe0(s) Æ FeSO4(aq) + K2SO4(aq) + H2(g)	 (6.3)

or

	 6HCl(aq) + 2Fe0(s) Æ 2FeCl3(aq) + 3H2(g)	 (6.4)

	 The weight and the concentration of nZVI in the slurry (either 
Fe0/Fetot ratio, or percentage of Fe0 in slurry, i.e., w/w content of 
“active” metallic iron) can be consequently calculated from the 
volume of the evolved hydrogen. Based on Eq. (6.3), 55.85 g of 
zerovalent iron can evolve 22.41 dm3 of hydrogen (see Appendix A: 
Practical example of acid digestion measurement).
	 The apparatus, enabling the reaction of nZVI with acids, was 
suggested to consist of a standard reaction glass bottle capped with 
septum (for injection of the nZVI slurry) and filled with saturated 
acid, connected to either a graduated U-tube or a graduated cylinder 
placed vertically and further connected to a storage vessel (Fig. 6.7). 
No leaks of evolved hydrogen from this test apparatus were detected 
using portable GS1 gas sniffer (Wöhler GmbH, Germany). The 
evaluation of Fe0 content then proceeded as follows. The weighted 
amount of nZVI slurry is injected through the septum using a 
calibrated syringe (no need to evaluate volume of void space) at 
laboratory temperature. After completed the reaction (typically a 
few minutes in the case of nZVI particles well below 500 nm), the 
hydrogen volume is directly read from the graduation on the wall 
of the used glassware. To determine the accurate Fe0/Fetot ratio, it 
is needed to know the exact mass of the dispersed phase (i.e., nZVI 
particles) in the studied slurry. The nZVI can be weighed prior mixing 
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with deionized water, or the air-dried solid sample can be annealed 
at 900 °C for 1 h in air in order to oxidize all iron into hematite 
(a-Fe2O3) and then weighed. The correctness and limitations of this 
method were extensively tested on a series of nZVI samples with 
various initial concentrations of Fe0.

Figure 6.7 Illustration of the suggested design of apparatus enabling the 
reaction of nZVI with acids.

6.3.4 Stability of nZVI Stored under Various Conditions

Under inert atmosphere (i.e., under gaseous nitrogen), the dry nZVI 
powder exhibits satisfactorily long stability, and no decrease in Fe0 
concentration was observed during the detailed monitoring for more 
than 300 days by XRD (Fig. 6.8, A1). The nZVI samples, collected at 
various periods of ageing and analyzed with combination of XRD, 
57Fe Mössbauer spectroscopy, and acid digestion, yielded between 
98 and 100 wt.% of Fe0 relative to Fetot (Fig. 6.8, A1, A2, and A3). 
Therefore, the storage of dry nZVI powder under inert atmosphere 
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was evaluated as the ideal choice for the long-term preservation of 
its original highly reactive state. However, prior any environmental 
application, an aqueous slurry of the nZVI particles has to be 
prepared transferring nZVI powder into a dispersing media under 
protective atmosphere. This way of preparing an nZVI slurry is then 
supposed to be immediately applied to avoid a sudden decrease in 
the Fe0 content (see below).
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Figure 6.8 Stability of nZVI in air and N2 conditions in sequence of decreasing 
nZVI stability. Weigh percentages of measured Fe0 (i.e., a-Fe) as a function 
of the exposure time of nZVI to its storage environment. Characteristic X-ray 
powder diffraction patterns (m—magnetite/maghemite; h—hematite) and 
57Fe Mössbauer spectra of quality sufficient for nZVI evaluation and collected at 
reasonable time for routine analysis. Data partly adapted with permission from 
Ref. [28]. Copyright 2014 American Chemical Society.

	 The aqueous nZVI slurries kept in tightly sealed vials at room 
temperature and 4 °C are relatively stable for more than 30 and 
60 days, respectively (Fig. 6.9). However, progressive spontaneous 
reaction of nZVI with water molecules at room temperature 
typically causes the gradual evolution of gaseous hydrogen leading 
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to overpressure of the vessels, occasionally ending in “explosion” 
and complete loss of the sample. On the contrary, the nZVI slurries 
stored at room temperature both in air or under nitrogen and 
with the allowed continuous release of the evolved hydrogen were 
nearly completely oxidized by reaction with water and/or dissolved 
oxygen under ambient conditions. The fractions of Fe0 in the aged 
nZVI samples, derived from detailed 57Fe Mössbauer spectroscopy 
measurements, are plotted in Fig. 6.8 (B1 and C1). For both series 
of the samples aged in water, the overall trends are very consistent 
in the exhibition of an exponential decrease in the Fe0 content as a 
function of time [28]. Nevertheless, when the nZVI slurry is stored in 
air, the kinetics of its degradation is about seven times faster than in 
the case of the sample stored under oxygen-free atmosphere.

16.0%

14.0%

12.0%

10.0%

8.0%

6.0%

4.0%

2.0%

0.0%
0	 10	 20	 30	 40	 50	 60	 70

Room temperature sample (20–25 °C)

Time (days)

cF
e(

0)
%

 in
 s

lu
rr

y

Cooled sample (2–4 °C)

Figure 6.9 Stability of aqueous nZVI slurries kept in tightly sealed vessels at 
room temperature and 4 °C; nZVI quantification is based on acid digestion.

	 The decrease in the relative Fe0 content to the limiting value of 
approximately 30% was determined after ~300 h when stored in 
air (50% decrease after ~130 h); under a protective atmosphere 
of nitrogen, the same values of Fe0 contents were reached after 
~2000 and 900 h of ageing, respectively (Fig. 6.8). The validity of 
this model was independently proved by XRD and acid digestion 
method. Other parameters, such as particle size and morphology 
or specific surface area, do not change so dramatically [34]. The 
details on mechanisms and kinetics of nZVI ageing under various 
conditions are not further discussed in this chapter and are 
presented elsewhere [28]. The results clearly demonstrate the 
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necessity to characterize any commercial nZVI slurries directly 
prior their application because the concentration of the “active” 
elemental iron could be significantly different to the declared value 
even after several days of its storage. This undesired property of 
the nZVI slurries side by side with the choice of a proper analytical 
technique represents a critical prerequisite if reliable results are 
expected from the targeted remediation processes. Moreover, the 
same experimental approach can be applied when the fate of highly 
reactive nZVI particles is monitored in groundwater (i.e., in series of 
wells), soils, or wastewater [35].

6.3.5 Comparison and Evaluation of Key Analytical 
Techniques

In this part, we will focus on the comparison and detailed evaluation 
of the results of the cheapest, most accessible, and simplest 
methods for evaluating the nZVI content in aqueous slurries and 
giving reproducible and accurate data at the same time. Special 
attention will also be paid to the aspect of possible applicability 
of the particular method directly at the treated sites (i.e., onsite 
measurement). Certainly, an inclusive multi-analytical approach, 
including a combination of XRD, 57Fe Mössbauer spectroscopy, TEM, 
XPS, XAS, and several other methods, would give a nearly complete 
characterization of the nZVI particles intended for remediation, 
namely the extent and nature of the nZVI surface oxidation prior 
to its application. Nevertheless, such sophisticated techniques (as 
XAS, XPS, and TEM) for characterization of nanoparticles are not 
involved in this discussion because their availability is exclusively 
limited to highly specialized laboratories or even to synchrotron 
sources. In addition, these sophisticated laboratory techniques also 
have the following advantages/disadvantages. First, TEM is highly 
impractical for routine analysis of nZVI related to their large-scale 
application and cannot precisely distinguish the Fe0/Fetot ratio in 
the bulk sample. Second, the preparation of the samples for the TEM 
analysis requires only a small volume of the slurry and, therefore, 
because of the quite common inhomogeneity of such slurries, the 
resulting images can be weighed down by errors [36]. In turn, XPS is 
not a common technique, and like TEM, it does not give the average 
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(i.e., bulk) Fe0/Fetot ratio as it analyzes a thin surface layer up to 10 
nm. Finally, XAS requires synchrotron sources [37].
	 From each of the above-described experimental series, 
the nZVI samples containing predominantly about 80 wt.% of 
Fe0 (i.e., a typical value of freshly opened commercial aqueous 
slurries used in remediation) were selected to demonstrate the 
consistency of the selected analytical techniques (data presented 
in Fig. 6.10). Additionally, several other samples representing a 
wide concentration range were measured in order to support the 
validity of the suggested acid digestion technique also for the highly 
concentrated nZVI slurries with high and low concentrations of Fe0.

6.3.5.1 X-ray powder diffraction

X-ray powder diffraction is an essential and generally accepted tool 
for the standard characterization of the phase composition (i.e., 
the crystal structure and quantitative phase analysis) of crystalline 
solids, including nZVI [38]. It provides also illustration of particle 
size according to the broadening of diffraction peaks or when 
combined with small-angle X-ray scattering (SAXS) [39]. Moreover, 
XRD is a widespread technique commonly available in numerous 
analytical laboratories, especially in those oriented on solid state, 
(nano)materials or environmental research. The procedure of 
sample preparation for the XRD measurement, data collection, and 
processing has been reviewed in detail many times [40].
	 However, when handling nZVI prior and during the measurement, 
several specific steps have to be followed, related mainly to the fast 
oxidation of nZVI when inappropriately exposed to air [28]. In order 
to maintain the reproducibility of the acquired data, two protocols 
were followed to allow measurement of either wet nZVI samples 
(i.e., magnetically pre-concentrated slurries) or dry nZVI powders. 
Moreover, successive short scans using a fast solid-state detector 
provide a unique insight into the possible process of nZVI oxidation 
during sample measurement (typically acquired within less than 
1 h) accompanied by spontaneous drying of the slurry. For the 
subsequent quantitative phase analysis utilizing a full-profile fitting 
(i.e., Rietveld refinement), either a first fast scan collected just at the 
beginning of nZVI drying/oxidation can be used, or to sum up all of 
the collected scans when no phase changes took place in the course 
of successive measurements.
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Figure 6.10 Comparison of results of XRD, Mössbauer spectroscopy, and 
acid digestion measured on a broad range of Fe0/Fetot ratios. The dotted line 
represents the 1:1 ratio.

	 The typical XRD patterns of the aged nZVI particles are presented 
in Fig. 6.8 (A2, B2, and C2). The major peak at ~2.027 Å (i.e., at ~52° 
2q for CoKa radiation or at ~44° 2q for CuKa) is characteristic of 
metallic a-Fe and represents the diffraction on the (110) plane. 
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Less intensive and broader peaks are ascribed to other crystalline 
nanosized phases resulting from the oxidation of a-Fe. The hump 
typically centered at ca. 35° 2q (Fig. 6.8, B2 and C2) is caused by 
high humidity of the measured sample and it disappeared when 
the sample gets dry. Successive scans collected on each sample of 
nZVI slurry exposed to ambient air confirmed the sample stability 
in terms of nZVI oxidation (i.e., surface passivation of nZVI particles) 
during its drying as no change in phase composition was observed 
in the majority of cases. Hence, the slow drying of the nZVI slurry 
causes the effective passivation of nZVI particle surface, and the 
activity diminishes under air. The ratio of metallic iron to iron oxides 
in each sample was calculated from the Rietveld refinement [41] 
and is presented as weigh percent of the particular phase (Fig. 6.10). 
XRD measurements on samples that have been degraded under 
different conditions and for different periods of time are in a good 
agreement with the other two experimental techniques, namely 
with acid digestion (Fig. 6.10). It could be concluded that the sample 
preparation and the experimental conditions for XRD measurements 
lead to results highly comparable to other experimental techniques. 
No amorphous phase(s) was observed in quantities larger than 
the uncertainty of any employed methods. Exploiting Rietveld 
refinement, the accuracy of the XRD results are below 3% for the 
quantification of the a-Fe phase.

6.3.5.2 Transmission 57Fe Mössbauer spectroscopy

Transmission 57Fe Mössbauer spectroscopy is another important 
tool for the characterization of nZVI (both in dry powders and 
aqueous slurries), and it represents a unique technique for probing 
the Fe0/Fetot ratio, yielding precise values of the relative Fe0 
content. It is a less common technique compared with XRD, and it 
is definitely more complicated than the acid digestion method. On 
the other hand, the Mössbauer spectrometer is usually compact, 
portable with some limitations (e.g., need of electric supply), and 
significantly cheaper compared to X-ray powder diffractometer. 
The main disadvantage of Mössbauer spectroscopy lies in the 
relatively long counting times (typically about 1 day per sample 
of nZVI) during which the measured sample could further oxidize. 
This drawback is compensated by the possibility of measuring nZVI 
samples under a protective atmosphere, as the whole spectrometer 
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could be installed, for example, in a glove box [28]. Eventually, the 
pre-concentrated nZVI slurries could be fast frozen and measured 
at low temperatures (optimally at liquid nitrogen temperature) 
utilizing a special cryogenic system leading to significantly slowed 
down oxidation of nZVI [11]. The low-temperature measurements 
are further beneficial in the case when reaction products of nZVI are 
amorphous (therefore hard to be detected by XRD). The other very 
important benefit of this method is its entirely iron-selectivity [42]. 
Therefore, 57Fe Mössbauer spectroscopy could be applied also for 
complicated subjects like for direct observation of nZVI oxidation in 
soil samples collected from either laboratory column experiments 
or field tests.
	 The 57Fe Mössbauer spectra of representative samples measured 
at room temperature are depicted in Fig. 6.8 (A3, B3, and C3). Spectra 
are characterized by one sextet of a-Fe with theoretical hyperfine 
parameters: isomer shift d = 0.00 mm/s, quadrupole shift eQ = 0.00 
mm/s, and hyperfine magnetic field Bhf = 33 T. Moreover, Fe2+ and 
Fe3+ components, clearly resolved as central (super)paramagnetic 
components or magnetically split hyperfine sextets, allow the 
possible identification even of amorphous and nanocrystalline 
phases. If necessary, low temperature and/or external magnetic 
field can be applied to induce magnetic splitting of doublet spectral 
lines of superparamagnetic and amorphous phases for their 
unambiguous identification (the sextets of respective phases differ 
mainly in effective magnetic fields) and quantification of their 
relative contents based on spectral areas [43]. Ignoring different 
recoil-free fractions for iron atoms in non-equivalent structural sites 
of different phases, the quantification of identified iron-bearing 
phases is basically done on relating spectral areas (i.e., Fe-atomic 
ratios) to known molar weights [44]. In full accordance with XRD, a 
dramatic change is visualized in a-Fe spectral component in Fig. 6.8 
(A3, B3, and C3) during the course of nZVI ageing. The consistency of 
quantitative results derived from Mössbauer spectroscopy with XRD 
is illustrated in Fig. 6.10 (A).

6.3.5.3 Acid digestion

The process of acid digestion of micron-sized iron particles is 
typically very slow and requires up to 20 days until the reaction 
is completed. Nevertheless, when working with particles in the 
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diameter range well below 500 nm (i.e., as typical for all commercially 
available nZVI materials [5]), this process is significantly faster 
and all iron particles are usually dissolved within a few minutes. 
The suggested design of the newly introduced test apparatus for 
acid digestion of nZVI slurries is simple (Fig. 6.7) and represents 
the cheapest way for quantifying Fe0 in aqueous dispersions. The 
apparatus can be constructed and easily operated at any chemical 
laboratory or at remediation sites where nZVI slurries are applied 
and/or monitored. Based on the simplicity of the method, also 
the interpretation of the acquired results is simple and clearly 
addressed (see Appendix A). Another aspect of this method is that 
it could bring not only quantification of the Fe0/Fetot ratio (similarly 
as Mössbauer spectroscopy and XRD), but also the actual content of 
Fe0 in aqueous slurries. This property of the method is highlighted 
namely in relation to large-scale application of nZVI slurries at 
remediation sites and when studying their fate.
	 The comparison of quantitative results from acid digestion of 
selected nZVI samples with the results from XRD and Mössbauer 
spectroscopy is presented in Figs. 6.10(B) and 6.10(C), respectively. 
Regarding the simplicity of acid digestion, the acquired results are 
in surprisingly good agreement with conventional sophisticated 
analytical techniques. Test apparatus for hydrogen-volume 
measurement was also already tested with commercial nZVI slurry 
(TODA) prior and during laboratory column tests [33] and yielded 
results comparable to values declared by nZVI manufactures for 
fresh nZVI slurry, and to previously published results measured on 
the similar freshly delivered nZVI materials. The estimated errors 
are below 5% from four independent measurements. Therefore, 
the acid digestion of nZVI with quantification of evolved gaseous 
hydrogen volume turned out to be a simple method well applicable 
for routine characterization of nZVI slurries delivered to the site 
of application or collected from groundwater following their 
application. Nevertheless, this technique does not provide any 
information about the exact speciation of oxidized iron.
	 When the w/w concentration provided by the manufacturer 
is used as a starting parameter for the Fe0 content calculation, the 
result represents an approximate value because the dispersion is 
never homogeneous and the particles spontaneously aggregate and 
sediment (it could be suitable for estimative in-field measurements, 
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where the access to well-equipped laboratory tools is usually 
limited). For more precise results, the actual w/w value should be 
obtained, for example, by drying and subsequent annealing of the 
representative part of the slurry at 900 °C in air (see Appendix A). 
The precise data are obtained when the slurry is freshly prepared by 
weighting the solid nZVI under protective inert atmosphere into a 
known volume of deionized water.
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Appendix A. Practical example of acid digestion measurement

Brief description of the measurement procedure:
	 1.	 Set up the nZVI TESTER (see Fig. 6.7).
	 2.	 Take a sample of slurry with a syringe and transfer it to the 

reaction bottle containing acid.
	 3.	 Weigh the syringe involving the slurry and once again after 

the injection of the slurry into the acid-containing bottle (the 
difference is the actual amount of slurry injected into the 
reaction mixture).

	 4.	 Read the volume of the evolved hydrogen (VH2 [mL]).
	 5.	 Calculate nZVI weight: mnZVI = (55.85 × 101.325 × VH2)/

[8314.3 × (273.15 + t)].
	 6.	 Calculate the content of the nZVI in the slurry: cnZVI = (mnZVI ÷ 

mslurry) × 100.

Example of measurement

Sample: Nanofer 25S (20% of iron nanoparticles; 80% of water + 
stabilizer), age: 3 days.
Sample weight: mslurry = 4.95 g.
Volume of the evolved hydrogen: VH2 = 350 mL.
Temperature = 20 °C
nZVI weight:
mnZVI = (55.85 × 101.325 × 350)/[8314.3 × (273.15 + 20)] = 0.81304 g.
nZVI in slurry content: cnZVI = (0.81304 ÷ 4.95) • 100 = 16.43%.
Content of iron oxides: cFe(oxides) = 20 – 16.43 = 3.57%
cnZVI to cFe(oxides) ratio: 82% nZVI; 18% Fe(oxides).
	 If the Fe content in the slurry is unknown, its determination is 
necessary in order to use this information in the final calculations:

	 1.	 Take a sample of slurry by a syringe, and weigh the syringe 
with its content.

	 2.	 Inject the content into a porcelain crucible.
	 3.	 Weigh the syringe once again to get the information about the 

precise weight of the slurry.
	 4.	 Anneal the sample at 900 °C for 1 h in air in order to oxidize all 

iron into hematite (a-Fe2O3) and then weigh it.
	 5.	 All Fe in Fe-containing compounds is oxidized to Fe2O3. From 

the weight of hematite, Fetot content can be simply calculated.
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7.1 Introduction

Development and implementation of environmentally beneficial 
nanotechnologies for treatment and remediation have experienced 
noticeable growth in recent years. In terms of site remediation, the 
development and deployment of nanotechnology for contaminant 
destruction have already taken place. A multitude of nanotechnology 
applications for site remediation and wastewater treatment are 
currently in the research and development stages. Nanotechnology 
represents an extremely broad field, which encompasses a number of 
materials and technologies spanning multiple disciplines. Currently 
a wide variety of potential remedial tools employing nanotechnology 
are being examined at the bench scale for use in wastewater and 
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soil remediation. But one emerging nanotechnology, nanosized 
zerovalent iron and its derivatives, has reached the commercial 
market for field-scale remediation. The scope of this chapter is to 
present a general overview of the technology and then focus on some 
relevant case stories based on our actual experience in applications 
of nanoiron for remediation of specific environmental impacts, 
including polychlorinated biphenyls (PCBs), hydrocarbons, heavy 
metals and metalloids, and the like. Results to be discussed originate 
from several levels of implementation (bench scale, pilot testing, 
and field-scale remediation) on different sites, including Argentina, 
Ecuador, Paraguay, and Canada.
	 Although most of the current commercial products that include 
nanomaterials in their formulation belong to manufacturing 
industries, there is a niche in the market for applications of this 
new transdiscipline in environmental care. Applications in this 
area can be conceptually distinguished into two criteria: avoiding 
contamination (ex ante technologies) and remediating affected sites 
once contamination has taken place (ex post technologies). This 
text focuses on ex post technologies, by reviewing mature processes 
in order to not only understand the technology but also take into 
account environmental, safety, and health issues associated with 
actual applications.
	 In the past few years, there has been a continuous growth in 
developments for mitigation of negative environmental impacts 
through the use of nanomaterials. Some of these developments 
have already left the laboratory and reached the field. The most 
successful of nanoparticles (NPs) used for these applications is iron 
in a diversity of configurations: nanozerovalent iron, core–shell 
structures, suspensions and emulsions of iron alone or bimetallic 
NPs, which are usually referred to as nanofluids or paramagnetic 
nanofluids.
	 By 2005, a review committed to the US Environmental Protection 
Agency (USEPA)[1] detected more than 15 field demonstration tests 
that involved iron NPs, as well as several projects at the laboratory 
level to develop techniques for treatment of contaminated sites, 
including soil and water matrixes.
	 Most affected sites show complex and variable situations, thus 
requiring that remediation procedures involve several specialties 
to interact with nanotechnologists, such as process engineers, 
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geologists, chemists, and the like. That is why in actual field 
applications, solutions involving nanomaterials, the transdisciplinary 
nature of nanotechnology is fully revealed.
	 In order to assess the future and comprehend the potential of 
this emergent field of nanotechnology, it is paramount to understand 
the science underlying applications, for technologies currently in the 
market as well as for alternatives still under academic study. This 
assessment should balance efficacy of mitigation with eventual 
or collateral ecological impacts derived from nanomaterials, so as 
to avoid situations in which the cure could prove worse than the 
disease.
	 From a practical point of view, mature applications of nanoiron 
in environmental remediation can be classified into two broad 
types: use of NPs as a reactant and use of nanoiron as a catalyst. This 
classification is discussed in the following subsections.

7.1.1 Nanoiron as Reactant

By the end of the last century, the capacity of NPs (and particularly 
those based on iron) for chemical reduction–oxidation reactions was 
at the center of the academic community due to the potential to use 
these properties for the treatment of a wide range of contaminants 
found in effluent waters as well as subsurface water and soils 
impacted by spills of chemicals and petroleum derivatives. The usual 
form in which these nanomaterials were used was the creation of 
permeable reactive barriers designed to intercept and remediate 
contamination plumes. Unlike conventional systems based on 
extraction of contaminated material, its treatment and subsequent 
deployment on the site, these techniques for passive mitigation in situ 
proved to be less costly in operative terms than ex situ treatments. But 
the most important of the distinctive characteristics of this approach 
was the avoidance of health and environmental risks derived of 
dissemination of unwanted substances outside the original site due 
to eventual spills during transportation of contaminated material. 
These barriers have been used for the mitigation of different kinds 
of contaminants, including some recalcitrant to bioremediation 
such as chlorinated organic compounds, aromatic nitro compounds, 
PCBs, pesticides, and even metals and metalloids such as hexavalent 
chrome and arsenic.
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	 The main limitations of these reactive barriers include the 
limitation in deep deployment of NPs, which becomes problematic if 
depth is higher than 15 m, the requirement of a very good previous 
characterization of the morphology and size of contaminated plume 
so as to avoid lixiviation of contaminants beyond the barrier and 
the decrease in nanoiron activity with time due to natural processes 
that take part underneath, such as precipitation as hydroxide or as 
carbonates, depending on soil composition.
	 Based on an extension of the concept of reactive barriers made 
form nanoiron, we developed a new generation of mitigation 
procedures technically efficient and commercially competitive 
to deal with environmental impacts that are not amenable to 
conventional technologies [2]. This statement can be better assessed 
through a practical example, such as the one summarized as case 
study 1.

7.1.2 Nanoiron as Catalyst

An alternative use of the high reactivity of nanoiron in the remediation 
of soils and waters contaminated with hydrocarbons and metals 
was developed and registered under the trade name nanocatox™ to 
represent the mechanism of nanocatalyzed oxidation [3]. It can be 
applied either as the so-called in situ chemical oxidation (ISCO) or 
as an onsite chemical oxidation (OSCO). During this process, not only 
hydrocarbons and other organics are destroyed, but also removal 
or immobilization of metals and metalloids takes place, as we have 
shown elsewhere for the case of arsenic [4]. The main advantages of 
this technology include relatively low cost in comparison with other 
alternatives, simplicity of operation and capability for scaling up. 
Practical application of ISCO procedures is summarized in this text 
as case study 2 and that for OSCO procedures as case study 3. Both of 
them are based on similar concepts, which are briefly described in 
the following paragraphs.

7.1.2.1 In situ nanocatalyzed chemical oxidation

The problem to be solved can be summarized as follows: Petroleum 
hydrocarbons such as gasoline, diesel, jet fuel, motor oil, BTEX 
(benzene, toluene, ethylbenzene, and xylene), and compounds 
comprised under the generic name volatile organic compounds 
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(VOCs) are commonly found at current and former fuel service 
stations and vehicle maintenance centers. Chlorinated solvents 
including tetrachlorethylene, trichloroethylene, and dichloroethylene 
(DCE) are commonly found at former industrial facilities and other 
locations. These kinds of contaminants occurring at industrial 
facilities, military bases, and other areas offer special challenges in 
locations where there is a high demand for the redevelopment of 
the former industrial area, for example for new suburban housing 
complexes. In cases such as these, a rapid and cost-effective method 
for the destruction of organic contaminants is needed, which can be 
applied without the commitment to years of costly operations and 
maintenance typically associated with soil vapor extraction or pump 
and treat systems currently employed for remediation of soil and 
groundwater containing hydrocarbons.
	 Hydrogen peroxide can chemically oxidize organics, forming 
carbon dioxide and water as end products if mineralization is 
complete. By using either a direct push method or a specialized lance 
system for the rapid delivery of treatment chemicals, in situ chemical 
oxidizers have the potential for rapidly treating soils contaminated 
with toxic and persistent organic wastes. Hydrogen peroxide, an 
ecofriendly reactant, when in contact with a metal catalyst such 
as iron, allows the generation of a powerful oxidizer, the hydroxyl 
radical (OH•), in what is known as Fenton reaction. Procedures 
based on this reaction have been in use in water treatment plants for 
well over 50 years.
	 The oxidation of a contaminant by Fenton reaction involves 
complex mechanisms influenced by a number of variables, 
including pH, reaction time, temperature, catalysts, contaminant 
concentration, and hydrogen peroxide dosage. Based on this 
background, for nanocatox™ we have replaced commonly used iron 
salts for nanoiron as catalyst, thus avoiding the requirements for 
previous acidification of the site (usually by deploying sulfuric acid), 
which creates a collateral impact on an already contaminated site.
	 The theoretical model for this process when applied in the 
field involves a mechanism of interest, namely the mineralization 
of organics and the regeneration of the catalytic effect, which 
competes with mechanisms that are not of interest and results in 
excessive overall consumption of the oxidizer that has to deal with 
total organic carbon and free radical scavengers, most importantly, 
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carbonate and bicarbonate alkalinity. Thus, careful evaluation of the 
chemistry of the soil and water is required prior to the start of any 
injection process.
	 The so-called mechanism of interest, due to its direct and intense 
decontamination effect, is the generation of hydroxyl radicals:

	 Fe° + 2H2O2 → 2•OH + 2HO− + Fe2+ + heat	 (7.1)

	 Fe2+ + H2O2 → •OH + HO− + Fe3+ + heat	 (7.2)

	 These equations explain a basic advantage of nanocatox™ 
technology in relation to other advanced oxidation processes (AOP): 
Comparing the use of iron salts as it is usual in Fenton reaction, it 
can be seen that for each mole of dosed nanoiron, three hydroxyl 
radicals are generated instead of just one. The process also involves 
regeneration of catalyst (7.3 and 7.4) and mineralization of 
hydrocarbons (7.5).

	 Fe3+ + H2O2 → 2H+ + 2O2−	 (7.3)

	 Fe3+ + 2O2− → Fe2+ + O2	 (7.4)
	 •OH + CxHy → H2O + CO2 + heat	 (7.5)

	 Solving the generic Eq. (7.5) for specific hydrocarbons, the 
theoretical or stoichiometric demand of reactants for complete 
mineralization can be calculated [Eqs. (7.6 and 7.7)]. Based on this, 
an excess of reactant to take care of collateral or unwanted reactions 
can be estimated for the initial stages of injection.

	 Benzene: C6H6 + 15H2O2 → 18H2O + 6CO2	 (7.6)

	 Xylene: C8H10 + 21H2O2 → 26H2O + 8CO2	 (7.7)

	 Taking into account experimental results obtained at the field 
after the first event of injection, which is based on the theoretical 
estimation, subsequent injections are performed until mitigation 
objectives defined by the client or by legal provisions are reached. 
Concurrently, conversion, inertization, and immobilization of metals 
take place due to the effect of injected nanoiron: adsorption and 
redox reactions that result in encapsulation and loss of solubility of 
metallic ions.
	 The basis for the efficiency of NPs for these functions is the high 
specific surface (up to 400 m2 depending on average size), which 
maximizes interphase contact between contaminants and reactant. 
From a sustainability point of view, this process can be seen as 
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ecofriendly because no previous acidification of the site is required 
(which usually leads to increased mobility of metals in groundwater), 
and the reactants are H2O2 (so that any excess of dosage will result in 
spontaneous decomposition into water and oxygen) and iron, which 
is the fourth most abundant element in the earth’s crust.
	 In brief, in the current context where conventional techniques 
used to control environmental impacts, such as phytoremediation 
and bioremediation, are faced to practical limitations (manmade 
recalcitrant and non-biodegradable compounds) and economical 
restraints (occupation for years of land that results unavailable for 
other uses), nanotechnology allows the development of solutions 
easy and quick to operate and with minimal collateral impacts. 
Moreover, remnant hydrogen peroxide can also serve as an oxygen 
source for microbes in the subsurface to enhance biodegradation of 
contaminants. Therefore, many in situ chemical oxidation projects 
are designed to move into a second, longer-term bioremediation 
phase due to all the newly available oxygen in the subsurface.
	 Obviously, the remediation injection process (RIP), which is 
designed to handle high concentrations of hydrogen peroxide, 
requires significant safety training and planning of field procedures. 
The reaction time for hydrogen peroxide in the subsurface is usually 
seconds to minutes, with occasional reactions being completed 
within minutes to hours. Therefore, close spacing of the injection 
ports is generally required due to the short reaction period of 
hydrogen peroxide. During injections, the temperature of the site 
(soil and groundwater) is monitored not only to follow up the 
exothermic reactions, but also for safety reasons in order to avoid 
uncontrolled heating in an environment that contains VOCs. Based 
on field experience, temperatures in the range of 40–50°C indicate 
adequate rate of dosage of reactants. If the practical limit of 50°C 
is surpassed, injection is stopped until natural attenuation of the 
temperature occurs.
	 A typical nanocatox™ remediation task will include an initial 
review of existing physical and chemical data of the site, including 
pH, permeability, lithology, water depth, concentrations of VOCs, 
alkalinity, and similar data. Following this, a simple bench-scale test 
at the laboratory, performed with representative samples of the site, 
will allow preliminary adjustments of operation parameters before 
going to the actual field. After that, probably clients with previous 
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experience in conventional methods will require a pilot test at some 
lingering hot spot in their facilities before committing the work, but 
usually the full-scale remediation program is implemented based on 
bench testing.

7.1.2.2 Onsite nanocatalyzed chemical oxidation

The theoretical basis for onsite treatment is structured on the 
conceptual distinction into two stages in order to maximize extraction 
of contaminants from the solid matrix and have them available in a 
fluid aqueous-based matrix, so that controlling phenomena such as 
diffusion of reactants and temperature homogeneity are optimized 
and accelerated. In this way, the total lapse of time required for 
treatment can be substantially reduced in comparison to an in 
situ treatment for the same location. Efficacy and efficiency of the 
technique can be assessed by analysis of samples of treated soil, 
lixiviates, and effluent waters taken periodically during operation.
	 In the first instance, functionalized NPs are thoroughly mixed 
with the soil to be treated so as to make sure that hydrophilic and 
hydrophobic chains can be adsorbed on polar substances such as 
metallic salts as well as on nonpolar compounds such as hydrocarbons. 
In the second conceptual stage, organics are destroyed by the same 
mechanisms described in the previous subsection and metals, and 
metalloids adsorbed on the NPs are exposed to redox reactions that 
end with their insolubility and consequent immobilization.

7.2 Case Study 1: Full-Scale Remediation of 
PCBs in Concrete

Iron NPs are the basis for new-generation technologies used in 
remediation of contaminated sites. These NPs can provide innovative, 
technically efficient, and economically competitive solutions for the 
mitigation of negative environmental impacts whose complexity 
inhibits the application of conventional techniques due to their 
high surface/volume ratios, reactivity, and flexibility, zerovalent 
iron nanoparticles (nZVI) allow mitigation of persistent organic 
pollutants, such as halogenated organic compounds. This section 
describes the first case of scaling up to industrial level of a technology 
that previous literature has only described up to now through data 
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at laboratory and pilot levels [5, 6]. This remediation is based on 
the application of nZVI to mitigate the contamination due to an 
explosion of electrical transformers at a power plant in Paraguay, 
in order to reach values below 10 μg/dm2, following the suggestion 
of the USEPA about the maximum allowable PCBs level. The task 
included the definition of an initial isocontamination map of the 
facility, the non-destructive treatment of solid matrixes of concrete 
and structural masonry with an nZVI slurry, the assessment of the 
remnant isocontamination after each stage of treatment until the 
limits required in USEPA “Decontamination standard for concrete” 
were reached, and the final application of a reactive barrier under 
the form of an organic primer coating formulated with nanoiron to 
prevent eventual future bleeding of PCB from the porous substrate. 
The special interest of the case lays in an effective decontamination 
of concrete and masonry by dechlorination with nZVI, thus scaling 
up a technique that has previously been used only at experimental 
level with much less complicated porous substrates, such as natural 
soils. Besides, the use of locally manufactured nZVI was in fact the 
first effective export ever of nanotechnology from Argentina.

7.2.1 Background

Iron and nanoiron have been used for dechlorination of recalcitrant 
organic compounds, and their efficiency has been proved at 
laboratory and pilot scales. The technology described in this chapter 
is based on the chemistry reported in the bibliography, but it goes 
a step further in order to apply the process not only to relatively 
simple conditions such as soils and groundwater contaminated with 
persistent organic pollutants (POPs), but to extend the application 
of the technology to much more complex situations, such as solid 
matrixes of mortars and concrete. This demanding application has in 
fact been proved at full scale by decontamination, after obtaining an 
international tender from a hydroelectric facility. This technique is 
based on nZVI to mitigate the contamination effects of an explosion 
of two transformers containing high levels of PCBs at the engine 
house of generators 3 and 4 of the Hydroelectric Power Plant Acaray 
II, in Paraguay, as shown in Fig. 7.1. The closing of operations due to 
this accident affected half of the installed capacity of the facility.

Case Study 1
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Figure 7.1 Explosion of transformers and initial PCBs spillage.

	 PCBs are a family of manmade chemicals that contain 209 
individual compounds with various toxicity levels [7]. PCBs have 
been widely used as coolants and lubricants in transformers, 
capacitors, and other electrical equipment because of their 
insulating and nonflammable properties. Although PCBs are no 
longer manufactured, exposure still occurs due to their presence in 
old transformers and capacitors. Iron has been used to enhance de-
chlorination of PCBs present in water by reducing the chlorinated 
compounds to their de-chlorinated form [8]. To get any significant 
PCB dechlorination in a reasonable lapse, the surface area of iron 
particles needs to be maximized, for example using iron NPs (1–100 
nm). Also NPs can be transported effectively in porous media by the 
flow of a suitable carrier, such as water. Due to this attribute, the 
nanoparticle–water slurry can be injected under pressure and/or 
under capillary forces into solid matrixes where in situ treatment 
is needed. Direct subsurface injection, whether under gravity-fed 
or pressurized conditions, has already been shown to effectively 
transform chlorinated organic compounds [9].
	 The full-scale decontamination project was divided into stages 
that included an initial mapping of isocontamination areas, followed 
by a second stage of cleaning as a preparation for the application of 
an nZVI suspension. The decontamination advance was assessed by 
periodical sampling and analysis, until every value was below the 
allowable maximum established on the USEPA “Decontamination 
standard for concrete” document [10], namely PCBs < 10 µg/dm2. 
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Finally, all concrete surfaces were covered by an active barrier 
consisting of nZVI dispersed in a two-component polyurethane 
matrix. This barrier will prevent subsequent recontamination by 
reacting with remaining PCBs that may migrate out of the concrete 
due to porosity and capillary forces. The task was finished by 
conventional painting to fulfill mandatory color codes for each area. 
A more detailed description of the sequential stages of this project 
follows.
	 The magnitude of the remediation task refers to affected 
surfaces: concrete to be decontaminated amounted to a total of 1314 
m2, involving 100 m2 of ceilings, 720 m2 of walls, 192 m2 of floors, 
284 m2 of staircases, and 18 m2 of auxiliary structures.
	 According to EPA classification [11], the contamination was 
treated as bulk PCB remediation on porous surfaces, because the 
affected solid matrixes were either concrete or structural masonry. 
As the engine house is neither an area of permanent residence nor a 
zone of constant circulation of people, the site was classified as low 
occupancy area. Thus, required cleanup level for decontamination 
of concrete according to the aforementioned EPA reference was 
adopted, and maximum allowable limits for remnant contamination 
were established as less or equal to 10 µg/dm2 as measured by the 
standard wipe test 40 CFR 761.123 [10], as shown in Fig. 7.2.

Figure 7.2 Sampling of contamination by the wipe test technique.

	 An initial sampling of affected structures established a 
quantitative starting point, based on 600 individual samples. Of 

Case Study 1



160 Nanoiron for Site Remediation

these, 53 showed moderate contaminations, in the range from 10 
µg/dm2 to 100 µg/dm2, and 19 sites showed high contamination, 
meaning over 100 µg/dm2, with a maximum of 829 µg/dm2. After six 
months of work, a second sampling was made. From 259 inspected 
sites, 20 showed moderate contamination and only 4 were still highly 
contaminated, but the maximum value has lowered to 319 µg/dm2. 
Further treatment with nZVI slurry was applied to these sites, and a 
month later a new assessment was made. On this occasion, all of the 
final samples showed PCB values lower than 10 µg/dm2.
	 The aforementioned results were achieved by the following 
process. First, every surface to be treated was thoroughly cleaned 
up by a combination of mechanical brushing and solvent washing 
with isopropanol, in order to expose naked surfaces of concrete 
and masonry. This was done under the provisions described at 
section 761.61 PCB remediation waste, subpart a, instructions 1–6 
of Ref. [10]. Decontamination solvent was used as required by the 
provisions of section 761.79 (d) of the same reference.
	 Cleanup began at the ceiling of the engine house and was 
continued downside up to the floor where generators are located, 60 
m below. During the whole procedure, all liquids were collected by 
an ad hoc system of piping and stored in tankers until PCB levels on 
these fluids were analyzed. As no content of PCBs over 50 mg/L was 
detected in these fluids, they were treated as PCB free as provided 
by section 761.79 (g), “Decontamination waste and residues” of Ref. 
[10].
	 After mechanical and solvent cleaning, all surfaces were 
treated with slurry of nZVI in water, which penetrated the porous 
solid matrixes of masonry and concrete in order to react with the 
halogenated compounds, as shown in Fig. 7.3. This treatment was 
repeated several times before the second sampling mentioned 
before and was also repeated on the remnant contaminated spots 
between the second sampling and the final one.
	 After all the areas were shown to be cleaned up according to EPA 
criteria of <10 µg/dm2 of PCBs, the mitigation task was completed. 
Nevertheless, as theoretical migration to the surface of minute 
quantities of deeply penetrated PCBs could not be overruled, it 
was decided that a long-range protection should take care of this 
eventual problem. Thus, an organic coating was prepared with a 
concentrated suspension of nZVI particles, which was applied as 
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a suitable primer, 20 µm thick, and will act as a reactive barrier to 
any eventual exudation of halogenated compounds from the solid 
matrix.

Figure 7.3 Application of nZVI slurry.

	 The last stage of the procedure was the application of a high 
traffic organic coating over the primer, such as provided in section 
761.61(a)-7 “Cap requirements” of Ref. [11].
	 The specific interest of this case is that an effective decontamination 
of concrete and masonry structures by dehalogenation with nZVI 
was proved to be feasible at real-world scale. This experience 
extended the field of application of the technology, which previously 
has been used, at most, at the pilot level and with much more porous 
media (thus more amenable to nZVI migration into the solid matrix) 
such as natural soils. Moreover, the use of nanoiron manufactured at 
industrial scale by a local small and medium enterprises (SME) was 
indeed the first export of nanotechnology from Argentina.
	 As regards quality and results of the procedure, it must be 
emphasized that, PCBs being one of the compounds included in the 
so-called “dirty dozen,” the whole work was audited by delegates of 
United Nation’s Committee on Persistent Organic Pollutants, who 
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finally issued the approval certificate (see Fig. 7.4) once the strict 
limits required by USEPA for PCBs mitigation were achieved over all 
the building, including walls, stairs, floors, elevator box, and the like.

Figure 7.4 Final certificate issued by UN Committee on POPs.

7.3 Case Study 2: ISCO of Hydrocarbons at an 
Urban Gas Station

The site is located in a highly populated zone of Adrogué, a province 
of Buenos Aires, Argentina, as shown in Fig. 7.5. A creek named “El 
Rey” runs 1 km southwest from the site. The gas station remained 
in activity during the treatment, showing that the technology is not 
disruptive for commercial operation of the site.
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Figure 7.5 Location of “Palo Verde” gas station.

	 Table 7.1 describes the composition and structure of the soil to 
be remediated.

Table 7.1	 Soil composition

Depth
(m below surface) Description
1 Grey sand and coarse bits of hard clay 
2 Brownish lime clayish soil and bits of hard clay
3 to 6 Brownish, reddish massive silt clay soil

7
Brownish, reddish massive silt clay soil with 
scarce chalky concretions

8
Brownish, reddish massive silt clay soil with 
medium chalky concretions

9 Light brownish lime clayish soil
10 Harder brownish lime clayish soil (Pampean II)

	 Hydrogeological characterization of the site allowed definition of 
the topographic slope (biggest slope at shortest distance), so as to 
assess groundwater flow direction, which was southwest, pointing 
at the nearby creek. A hydraulic gradient of 0.009 was calculated 
from phreatic layers. The velocity of groundwater flow, calculated 
from data on permeability, hydraulic gradient, and effective 
porosity, was 1.48 × 10−3 m/day. Vulnerability of the free aquifer 
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to contamination was estimated by EKv method [12], resulting in 
a value of 6, indicating that the free aquifer has a natural capacity 
to resist contamination in the medium range. Once these data were 
assessed, the injection grid was designed and sampling wells were 
drilled in place with minimum disturbance to the gas station’s daily 
operation, as shown in Fig. 7.6.

Figure 7.6 Drilling of injection well.

	 Table 7.2 shows the initial level of contamination of groundwater 
before starting remediation.

Table 7.2	 Hydrocarbon contamination of groundwater (mg/L)

TPH GRO DRO VOCs BTEX
63.4 44.0 19.4 44.0 10.26

	 The radius of influence (ROI) was experimentally assessed at the 
field in order to estimate how far each injection well will distribute 
reactants underground. The value was 0.75 m, which in turn defines 
the geometry of the injection grid.
	 After all these initial preparations, the first event of injection took 
place, controlling the evolution of operative parameters such as pH, 
ORP, conductivity, and temperature. In all there were four injections, 
once per month, in order that reactions may take place underground, 
based only on natural diffusion because they cannot be accelerated 
by agitation. Table 7.3 shows the mitigation of contaminants after 
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the fourth injection, as actual values of remnant hydrocarbons and 
as percentage of mitigation related to initial values shown in Table 
7.2.

Table 7.3 Mitigation of hydrocarbon contamination of groundwater (mg/L 
and %)

TPH GRO DRO VOCs BTEX
8.4 5.8 2.6 0.29 0.25

89% 90% 87% 99.5% 98.3%

	 Figure 7.7 shows that dosage of reactants for ISCO was done 
without disturbing the normal operation of the gas station.

Figure 7.7 Dosage of reactants at an injection well.

7.4 Case Study 3: OSCO of Hydrocarbons at an 
Industrial Treatment Site at Amazonia

A field demonstration of the viability of nanocatox™ as an onsite 
nanocatalyzed chemical oxidation was performed at a facility owned 
by Ecuador Petroleum Company, Petroamazonas EP (http://www.
petroamazonas.gob.ec). The material to be treated was contaminated 
with hydrocarbons and metals. The site was identified as operations 
area of Sacha and was located in the Amazonian forest, some 30 min 
from the city of Coca in Ecuador.

Case Study 3
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	 Post-treatment analysis of soil and lixiviates showed that different 
levels of mitigation of contaminants can be reached, ranging from 
the most demanding classification “sensitive ecosystems” to the less 
demanding classification “industrial use” [13]. This allows the client 
to establish desired final mitigation based on the expected future use 
of the land and the costs involved for each alternative. Depending 
on each case, residence times for this type on nanoiron catalyzed 
OSCO go from a few hours to a day, which is an obvious advantage in 
comparison to biotreatments that may last months, and even years, 
depending on original contamination.
	 Three batches of contaminated soil were processed at the field, 
under the supervision of Amazonia Viva Management, who defined 
the representativeness of the samples. Figure 7.8 includes a general 
view and a close-up of the material to be treated. The batches were 
identified as CNT, E1T5, and E1T6. The main contamination of 
concern for each one was as follows. CNT contained an initial amount 
of 15,806 mg/kg of total petroleum hydrocarbons (TPH), with a high 
percentage of polycyclic aromatic hydrocarbons (PAHs), refractory 
to biodegradation. E1T5 contained an initial amount of 4204 mg/kg 
of TPH, plus 8.64 mg/kg of cadmium and 9.13 mg/kg of lead. E1T6 
contained an initial amount of 4326 mg/kg of TPH, plus 8.64 mg/kg 
of cadmium and 9.13 mg/kg of lead.

Figure 7.8 Soil for treatment: general view (left) and close-up (right).

	 The general procedure implemented for decontamination can be 
termed a combination of a chemical-enhanced soil washing with a 
nanocatalyzed oxidation of organics and immobilization of metals. 
The technique is a batch operation and includes recuperation and 
reuse of process water, which reduce the overall environmental 
impact of the technology because only a minimum amount of 
make-up water is required for each batch to account for losses and 
evaporation.
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	 Scaling up of the procedure that was tested as the field 
demonstration scale will depend on the total volume of soil to be 
treated, space available for natural sedimentation and recuperation 
of process water, and urgency of the client to finish the treatment 
derived either from expected use or from legal enforcements.
	 Operations required adequate training for operators and 
technical identification of reactants at the field. Figure 7.9 depicts 
the use of safety equipment by operators involved in the procedure 
and mandatory identification of materials in the forms provided by 
the client.

Figure 7.9 Safety garments for operators (left) and identification of materials 
(right).

	 The treatment took place in an open mixer that can deal with 
different proportions of solids and water and provides adequate 
homogenization capacity at the field-scale level: Figure 7.10 shows 
the operations of dosage of reactants and continuous control of 
temperature, which is an inference parameter for the evolution of 
the reaction and must be held below safe values to avoid eventual 
problems due to VOCs generation, while compounds of high 
molecular weight are being decomposed into lighter hydrocarbon 
chains.

Figure 7.10 Dosage of reactants (left) and control of temperature (right).

Case Study 3
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	 Analysis of treated soil and effluent water was performed by a 
third-party laboratory chosen by the client. After treatment, each 
batch reached mitigation levels as described below.
	 CNT post-treatment characterization values: 997 mg/kg TPH 
(almost 94% of reduction in comparison to original value); <0.027 
mg/kg de PAHs and <0.027 mg/kg cadmium. Based on these results, 
all parameters were below the strictest allowable limits required by 
local regulations. Thus, this treated material classified as adequate 
for sensitive ecosystems.
	 E1T5 post-treatment characterization values showed 1505 mg/
kg TPH (a little over 64% of mitigation in comparison to original 
contamination) and 1.0 mg/kg cadmium. Thus, the dosage of 
reactants for this batch resulted in mitigation in the range of what 
regulations classify as agricultural use of land, as for instance <2500 
mg/kg TPH.
	 E1T6 post-treatment characterization values showed 2969 
mg/kg TPH and 1.0 mg/kg cadmium, which easily classifies this 
treated soil for industrial use, where the limit is <4000 mg/kg TPH, 
involving less consumption of reactants, which increases economic 
competitiveness.
	 Differences among results for each batch were not only due to 
reactants dosage and treatment times, but also due to different 
original conditions for each sample. Both E1T5 and E1T6 batches 
were taken from operating biopiles and thus included a higher load 
of organic carbons besides TPH, such as compost, humic and fulvic 
acids, and natural decomposition matter. On the other hand, CNT 
batch was contaminated material in its virgin form, and practically 
all of oxygen demand came from TPH and PAHs. Thus, dosage based 
on stoichiometric calculations allowed destruction of more than 
90% of the contaminants.
	 These results were obtained in less than 12 h of treatment 
in a robust but non-optimized reactor that was adapted from a 
conventional concrete mixer. This means that there is still a great 
opportunity for optimization with adequate equipment and a change 
from manual operations to automatized procedures.
	 Cost comparisons with traditional methods such as biodigestion 
should be based not only on reactants and equipment costs, but also 
to hidden costs such as time (biopiles may take from months to years 
to achieve similar mitigation results), labor costs (biopiles require 
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intensive manpower during the whole process), and last but not 
least, the possibility of effectively treating recalcitrant contaminants 
such as PAHs, not amenable to conventional biodigestion.

7.5 Case Study 4: Mature Fine Tailings 
Management—A Proof of Concept Test

Representing yet another turn of the screw, applications of 
nanoiron in environmental remediation do not need to be limited 
to exploitation of its potential as reactant or as catalyst, but may 
also take advantage of their paramagnetism. This concept will be 
described in this section, as applied to solving a problem in the oil-
sands mining business.
	 The extraction of bitumen from sand by utilizing hot water 
processes results in the production of a slurry waste, which is stored 
in so-called “tailings ponds.” Within these ponds, while fast settling 
sand particles segregate from the slurry in relatively short time, the 
fines fraction accumulates in the center of the pond and then settles, 
becoming mature fine tailings (MFT). Most of the water content of 
the pond is recycled back; however, around 86% of the volume of 
MFT consists of water [14]. It takes a few years after placement for 
MFT to settle to around 35% solids [15]. By 2008, there were about 
750 million m3 of MFT within the tailings ponds. Assuming that the 
tailing management remains the same, the amount of fluid tailings is 
expected to reach 2 billion m3 by 2034 [16]. In 2009, it was estimated 
that there were around 130 km2 of tailings ponds in the oil sand 
region of Canada. Thus, one of the most important environmental 
challenges regarding oil-sands mining is developing a process to 
separate water from the fine tailings within a reasonable timeframe, 
in order to allow for the reclamation of the site.
	 To illustrate the magnitude and economic importance of the 
problem, we refer to information published in the web. For example, 
the Canadian Association of Petroleum Producers estimated that by 
2013, oil-sands operators have been investing more than $1 billion 
in tailings-reduction technology [17]. Suncor Energy, a company 
developing oil sands, mentions in its report on sustainability dated 
2013 [18] that as of 2012, they have spent more than $1.3 billion to 
research, develop, and implement its TRO™ process, which allegedly 
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will allow them to dry their mine tailings into a material solid enough 
to be reclaimed in a fraction of the time that earlier technologies 
require. This should, in turn, greatly accelerate their overall mine 
reclamation efforts because with the new drying process in place, 
they expect to reduce the time it takes from initial land disturbance 
to having a reclaimable surface to about 10 years, a third of what is 
now the industry standard.
	 Nevertheless, these technological promises seem to be unrealized 
to date. To put it in Antweiler’s words [19]:
	 Tailings from bitumen mining are a mixture of water, sand, 
and fine clay, and also contain residual bitumen. These tailings are 
drained into settling ponds where sedimentation separates the 
ingredients. Water rises to the top, while heavier materials such as 
metals and minerals settle at the bottom of the pond. The difficulty 
arises with a middle layer of “mature fine tailings” (MFT), which take 
a very long time to settle, even decades. This makes tailings ponds 
inefficient for treating tailings. Speeding up the process has become 
a new challenge for oil companies, which are under a mandate from 
Alberta’s provincial government to meet capture targets for fine 
tailings. Introduced in 2009 as Directive 74 by the Alberta Energy 
Regulator (AER), companies are required to capture more than 50% 
of fines (particles of 44 micrometers or less) since 2013. Companies 
are scrambling to meet this target. In 2013, oil-sands mines owned 
by Shell, Suncor, and Syncrude failed to meet targets.
	 Bearing in mind the problems described above, we initiated a 
preliminary applied research program in order to prove at bench 
scale the concept of speeding up sedimentation of MFT by means 
of NPs, and more specifically by using paramagnetic nanofluids 
manufactured with these NPs, based on the following conceptual 
framework.
	 The key factor for dealing with MFT is to break the stable 
multiphase emulsion. Chemical demulsifiers are amphiphilic 
compounds having both hydrophilic and hydrophobic properties, 
which allow them to adsorb and interact at the oil–water interface 
that surrounds inorganic particles of sand and the like. To break the 
stable oil–water interface around emulsified fine solids, chemical 
demulsifiers are required to be more surface active than the 
mechanisms acting as emulsion stabilizers. Magnetic nanoparticles 
(MNPs) are of great interest for this function because of their 
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response to an external magnetic field for quick and easy isolation 
from the complex multiphase systems by magnetic separation. The 
interfacial activity of MNPs on the surface of micron and submicron 
particles has been found to allow them to be effectively attached 
to otherwise stable emulsified water droplets in diluted bitumen 
emulsions.
	 By working with hydrophobic MNPs, it should be possible to 
control the surface activity of the particles in mixed media. By 
tuning the wettability of the suspended particles, influence can be 
exercised on properties at the oil–water interface. This can be done 
by dispersion of MNPs into the stable emulsion, being the surface 
ligands number of the MNPs an important factor to affect the 
process, which is mainly governed by the increase in the interfacial 
viscoelasticity resulting from the attachment of MNPs.
	 The interfacial activity and high hydrophilic nature of polymer/
FenOx MNPs (which we can denominate by the generic formula 
Fe3O4@) will allow them to be effectively attached to stable 
emulsified sand–water droplets in oil–water emulsion, and tagged 
water can be readily removed by an external magnetic field, which 
enhances the coalescence of magnetically tagged water droplets in 
an emulsion. The magnetic property of Fe3O4@ should allow this 
kind of MNPs to be readily recycled by magnetic separation and 
solvent washing. Polymer/FenOx MNPs should be designed so as to 
retain their interfacial activity when recycled.
	 The conceptual mechanism is a combination of the following 
stages:

	 1.	 Fe3O4@ enters the oil–water interface surrounding inorganic 
solids micro-particles (MFT) and breaks up the interfacial film 
formed by surface-active components in this interface due to 
the more surface-active and hydrophilic nature of polymer/
FenOx MNPs.

	 2.	 Fe3O4@ particles increase the partition coefficient and 
consequently the adsorption of demulsifier molecules at the 
oil–water interface.

	 3.	 Fe3O4@ particles aggregate water droplets through bridging 
flocculation leading to their coalescence.

	 This mechanism will obviously be influenced by parameters 
such as dosage, wettability (or water contact angle) of the NPs, and 
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pH, at least. Demulsification efficiency (DE) should increase with 
increasing Fe3O4@ dosage. High wettability (i.e., water contact angle 
of ≥90°) will be desirable. Acid to neutral conditions should have 
little influence, but alkaline pH (≥9) should have adverse effects on 
DE. Probably a multistep operation will exhibit a higher DE than a 
single-step demulsification when the same amounts of Fe3O4@ are 
used.
	 To empirically prove this concept, tests were carried on with a 
sample of real MFT, as described below. The material was received 
from Canada provided by ALBERTA INNOVATES Technology Futures, 
which characterized the contents as follows:

Product: Mature fine tails
Use: By-product of the extraction of bitumen from oil sand
Composition: Thickened suspension of fine particles of clay and silt 
size minerals in water, formed by setting of process tailings from the 
separation of bitumen from oil sand.
Ingredients: Bitumen (CAS # 8052-42-4), 1 – 2 Wt. %
		  Naphta (CAS # 64742-48-9), < 0.1 Wt. %
Clay (N/A), 30-60 %
Water (CAS # 7732-18-5), balance

	 Based on the expertise of Nanotek S.A. and current range of 
own manufactured nanomagnetic particles as a starting point, 
several formulations were prepared to be assessed at lab scale in 
comparison to AlSO4 flocculants. As shown in Fig. 7.11, after the first 
week of sedimentation, it was evident that conventional flocculants 
were not eligible, because instead of promoting a clear separation 
between phases, they generated a stratification of the MFT sample, 
with an upper floating phase with high solids content, a liquid 
phase of clarified water at the middle, and another agglomeration of 
material rich in solids at the bottom. This behavior will prevent the 
design of a sensible treatment at field scale.
	 On the other hand, the three most promising formulations of 
Fe3O4@ particles achieved, in the first 435 h of testing, respectively, 
27, 28, and 31% of clarification (defined as the ratio between upper 
clear water phase and lower high solids phase). These 18 days 
behavior compared very favorably with the years that take natural 
sedimentation. Nevertheless, tests were continued for six months 
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and additional clarification (up to 60% for the best performance) 
took place when aided by a static magnetic field. Figure 7.12 shows 
behavior of different formulations after 6 months of magnetically 
assisted sedimentation.

Figure 7.11 Behavior of selected MNPs (left) versus AlSO4 flocculant (right).

	 These preliminary series of tests prove that the concept of 
enhancing settling of MFT by means of paramagnetic nanofluids is 
feasible. But further steps are required in order to reach the market 
with a competitive formulation based on functionalized nanoiron. 
Optimization of dosage at bench scale should be tested as well as 
assessment of alternatives amenable to treatment at field scale, 
such as direct mixing into the slurry of existing tailings, mixing 
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prior to deployment into the tailings pond, optimization of external 
magnetic fields (intensities and geometries), and the like. Scaling up 
of the production process for the functionalized NPs will be the final 
step in developing this technology at the commercial level.

Figure 7.12 Demulsification after 6 months (magnetically assisted).

7.6 Concluding Remarks

The case studies detailed in this chapter provide smoking gun 
evidence of the use of iron and iron oxides NPs to solve a wide variety 
of problematic situations regarding environment in the real world. 
These applications rely on different characteristics of nanoiron 
depending on the case, including its high chemical reactivity due to 
the great specific surface, its role as site for electrons interchange 
when used as catalyst, and its paramagnetic properties.
	 The description of cases also emphasized the need of interaction 
among different kinds of expertise when developing a procedure 
for mitigation of contaminants at field scale, including, but not 
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limited to, chemists, engineers, geologists, and mechanics. Thus, 
nanotechnology applied to environmental remediation is a good 
example of what has been defined as transdiscipline.
	 Last, but not least, the cases demonstrate that environmental 
solutions need to be tailor made. The characteristics of the 
nanomaterials to be used are just the starting point, but field 
application requires solving specific logistics (it is quite different 
to work in a urban environment than in the Amazonian forest), 
extensive previous testing at lab and bench scale to define effective 
but simple control systems that can be used by any qualified operator 
(such as controlling evolution of hydrocarbons mineralization, and 
consequently dosage of reactants, through temperature alone), 
and pilot testing of procedures at real-world conditions, especially 
for large jobs or “not off the shelf” solutions, in order to optimize 
operative parameters.
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8.1 Introduction

Metals and metalloids in water have infinite lifetimes representing 
nowadays one of the most important environmental problems. Water 
treatment to remove these pollutants are carried out, generally, 
by precipitation, electrolysis, chemical oxidation, ozonation, 
adsorption, or chelation, all of them presenting drawbacks or being 
economically prohibitive [1].
	 The use of iron-based NPs (nFe), as zerovalent iron (nZVI), or 
iron oxides (nFeOx) has proved to be a promising technology for 
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the removal of a wide range of pollutants, including metals and 
metalloids in water [2–7]. Their use combines properties such as 
chemical affinity to targeted oxyions, surface charge, and redox 
potential that, together with their stability and low cost [8], enable 
their use for diverse systems [9]. Figure 8.1 shows the possible 
mechanisms involving metals and metalloids removal on the nFe 
surface.
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Figure 8.1 Proposed removal mechanisms of metals and metalloids taking 
place on nFe surfaces (based on Ref. [9]). M: metal or metalloid; N: oxidation 
state.

	 Only for nZVI, more than 12 reviews on the synthesis and use of 
nZVI are available ([10] and references therein). Here, only a brief 
summary of the main removal mechanisms (see also Sections 3.2 
and 3.3), material capacity, and reaction kinetics for Cr(VI), inorganic 
As(V)/As(III), and U(VI) are described.
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8.2 Chromium

Among all chromium species, hexavalent chromium presents the 
highest environmental threat. Cr(VI) has a high mobility in water 
[11] and is present as a series of oxoanions capable to easily generate 
oxidizing radicals with a high carcinogenic potential [12]. Cr(III) is 
the thermodynamically stable Cr species in moderately oxidizing 
and reducing conditions, has low mobility at 5 < pH < 13.5, is not 
toxic, and is an essential nutrient [13]. Due to its toxicity, the World 
Health Organization (WHO) established a maximum level of Cr(VI) 
in drinking water of 50 µg/L [14].
	 Iron-based nanomaterials constitute one of the most promising 
technologies for Cr(VI) removal from water [15]. A wide variety of 
nanoscale iron-containing agents for Cr(VI) removal are reported in 
the specific literature [3, 14, 16–18], and in the following pages, the 
most relevant materials for this purpose will be summarized.
	 The removal of hexavalent chromium by zerovalent iron in water 
is thermodynamically driven by the favorable reduction potential of 
Cr(VI) to Cr(III) against Fe(0)/Fe(II) (DE0

298 K = 1.77 V, Eq. 8.1) and 
also against the formed aqueous Fe(II)/Fe(III) couples (DE0

298 K = 
0.56 V, Eq. 8.2) [19]. These reactions proceed with a high rate, and 
complete removal of Cr(VI) can be achieved in minutes in laboratory 
experiments [20–25].

	 Cr2O7
2− + 3Fe0 + 14H+ Æ 2Cr3+ + 3Fe2+ + 7H2O	 (8.1)

	 Cr2O7
2− + 3Fe2+ + 14H+ Æ 2Cr3+ + 3Fe3+ + 4H2O	 (8.2)

	 In the case of nZVI, Fe(0) is unstable in aqueous media and 
readily reacts, giving rise to corrosion process; for this reason, its 
surface becomes usually covered by a protective layer of iron (oxy)
hydroxides, with an exact composition depending on the synthesis 
process, particle size, and storage conditions [26–29].
	 It is accepted that the removal of Cr(VI) consists of a heterogeneous 
reaction where the contaminant is firstly adsorbed onto the external 
oxide layer and then reduced by the Fe(0) preserved inside the 
nanoparticle (NP) [7]. The surface reaction is the limiting step after 
an instantaneous adsorption of Cr(VI), and this explains why the 
time-dependent [Cr(VI)] reasonably fits the first- or pseudo-first 
order kinetics in most works on the subject [30].

Chromium
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	 The actual electron transfer mechanism is still under debate. On 
one hand, the electrons from the Fe(0) inside the NP could reach the 
Cr(VI) on the surface through localized states in the band structure 
of the external oxide layer [31, 32]. On the other hand, several 
authors propose that Fe(II) on the surface of the NP is the actual 
reducing agent (0.34 V < E0

Fe3+(sup)/Fe2+(sup) < 0.65 V)1 [33, 34]. In this 
model, Cr(VI) reacts with surface-bonded Fe(II) (≡Fe(II)) generating 
≡Fe(III), which is continuously regenerated by reaction with Fe(0) 
[7, 35, 36]. In this regard, Mu et al. [20] prepared core–shell Fe@
Fe2O3 nanowires sequentially increasing the Fe2O3 shell and studied 
how the thickness of the external oxide layer affected the anoxic 
removal efficiency of Cr(VI). They found that a higher removal of 
Cr(VI) correlates with a higher superficial concentration of Fe(II) 
in the fresh material. Experiments where Fe(II) was scavenged 
by 1,10-phenantroline further confirmed its key role in Cr(VI) 
reduction.
	 According to Eqs. 8.1 and 8.2, the overall reduction process 
increases the pH of the reaction solution after the treatment. This 
is a beneficial effect given that, at pH > 5, Cr(III) precipitates as 
amorphous Cr(OH)3 [37], and at pH > 4 in the presence of Fe(III), it 
forms very insoluble mixed Fe(III)–Cr(III) (oxy)hydroxides [2, 38] 
(Eqs. 8.3 to 8.5). Li et al. [38] analyzed the chromium deposition 
on the nZVI surface using high-resolution X-ray photoelectron 
spectroscopy (HR-XPS), finding the stoichiometry of the chromites 
to be approximately Cr/Fe 2:1, i.e., (Cr0.67–Fe0.33)(OH)3 or 
Cr0.67Fe0.33OOH. Later, Montesinos et al. [21] studied the in depth 
composition of the nZVI after Cr(VI) removal by Ar+ sputtering 
cycles followed by XPS analysis of the exposed surface. It was found 
that the external layer has a complex composition with a decreasing 
concentration of Cr(III) and Fe(III) toward the core. This result was 
further confirmed by Ling et al. [39] through corrected scanning 
transmission electron microscopy (Cs-STEM) analysis.

	 Cr3+ + 3H2O → Cr(OH)3 (s) + 3H+	 (8.3)

	 xCr3+ + (1 − x) Fe3+ + 3H2O → (CrxFe1−x)(OH)3 (s) + 3H+	 (8.4)

1All reduction potentials given in this work are standard values versus SHE; therefore, 
the values correspond to pH 0 unless a different condition is specified. Values 
correspond to those in homogeneous solutions, although reactions at the interface 
can be somewhat different.



181

	 xCr3+ + (1− x) Fe3+ + 2H2O → CrxFe1−xOOH(s) + 3H+	 (8.5)

	 This highly stable Fe(III)–Cr(III) (oxy)hydroxide layer [40] 
passivates the surface of nZVI, and even a thin layer can inhibit the 
electron transfer from Fe(0) in the core to the remaining Cr(VI) in 
solution [21]. To overcome the nZVI surface passivation, four main 
strategies were explored: (1) addition of organic and inorganic 
Fe(III) and Cr(III) complexing agents [36, 41–43]; (2) combination 
with ultrasound [44]; (3) Fe(0) regeneration by dithionite [45]; and 
(4) photocatalytic activation of the external oxide layer by visible 
light irradiation [46].
	 The reduction potential of Cr(VI) to Cr(III) decreases with 
increasing pH, condition that also hinders reactions 8.1 and 8.2. At 
pH < 8, the nZVI surface is positively charged, favoring the interaction 
with CrO4

2– and/or HCrO4
– [19, 47]. However, according to Hu et 

al. [48], maghemite (γ-Fe2O3), usually reported as part of the nZVI 
external oxide layer, has a higher affinity for CrO4

2– than for OH− 
at pH > 8. This alternative way of sorption would explain the poor 
effect of the surface charge on the rate constants when increasing 
the pH. Additionally, at pH < 5.5, the iron oxidative dissolution occurs 
exponentially, increasing when the pH decreases [7], preventing the 
formation of the Cr(III)–Fe(III) layer and also consuming part of Fe(0) 
by the action of O2 or H+. Thus, the resulting removal efficiency of 
Cr(VI) in acidic media for different experimental setups will strongly 
depend on the balance between these opposed effects, controlled by 
the Cr(VI)/nZVI initial ratio, morphology, size, and surface area of 
the NPs employed.
	 Dissolved oxygen (DO) can compete with Cr(VI) for the Fe(0) 
electrons, but the reduction of the latter is thermodynamically and 
kinetically favored (E0

HCrO4−/Cr3+ = 1.36 V and E0
O2/H2O = 1.23 V) as 

O2 reduction presents a high overpotential [21]. Yu et al. observed 
that consumed DO increases with higher nZVI loading, as a parallel 
reaction, with no influence on the Cr(VI) removal efficiency [25]. 
Yoon et al. [49] and Qin et al. [50] found that the presence of O2 
accelerates Cr(VI) removal by regeneration of Fe(II) on the surface 
of microsized ZVI after oxidation of Fe(0). However, very recently, 
Mu et al. [51] showed a slight negative effect of DO, reaching 100 
and 81.4% Cr(VI) removal with core–shell Fe@Fe2O3 nanowires in 
60 min under anoxic and oxic conditions, respectively. As with other 

Chromium
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contaminants, no general conclusions have been achieved to date 
[47].
	 Iron oxide NPs act mainly as adsorbents for most heavy metals 
and constitute one of the most applied systems for their uptake from 
water. However, nanosized magnetite (nFe3O4) and maghemite (nγ-
Fe2O3) take the highest interest as they can act as magnetic carriers 
for Cr(VI) adsorbents and can be easily recoverable by means of a 
magnet [15]. A brief description of the mechanism of Cr(VI) removal 
by nFeOx is described in Section 3.2.
	 Particularly, nFe3O4 can adsorb Cr(VI) and/or reduce it to Cr(III) 
but at a lower rate and extent than nZVI, as shown by Simeonidis et 
al. [9] in a comparative study of Cr(VI) removal with Fe, Fe3O4, and 
Fe/Fe3O4 NPs. Similar to nZVI, a higher initial pH derives in a lower 
Cr(VI) and total Cr removal efficiency, but also in a higher proportion 
of surface-bonded Cr(III) in the solid obtained after the experiments 
[15].

8.3 Arsenic

Chronic ingestion of arsenic present in groundwater can lead to 
different types of cancer, neurological and cardiovascular diseases, 
and perinatal conditions [52, 53]. More than 150 million people [54] 
consume water containing arsenic above the 10 µg/L limit set by the 
WHO [55].
	 The presence of arsenic in groundwater is mainly natural, 
coming from geological processes [56, 57]. In aqueous phase, 
inorganic species of As(III) and As(V) are the most relevant , being 
As(III) the most toxic and mobile [54, 58]. At pH < 9, neutral arsenite 
(HAsO2/H3AsO3) and the bi- or monoprotonated arsenate (H2AsO4

− 
or HAsO4

2−) are the main species [53]. Organic As species are less 
common, and their toxicity is much lower than that of the inorganic 
species [53].
	 Iron (oxy)hydroxides, either alone or on the nZVI shell, can serve 
as strong adsorbents for both As(V) and As(III) in the pH range 
typical of groundwaters [59–62]. The use of crystalline nFeOx instead 
of amorphous (oxy)hydroxides is justified due to the tendency of 
these amorphous materials to form low-surface-area crystalline iron 
oxides, which greatly reduces their As removal capacity [63]. A brief 
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description of the mechanism of As(III) and As(V) removal by nFeOx 
and nZVI are described in Sections 3.2 and 3.3, respectively.
	 Some studies report that under anoxic conditions, nZVI can also 
remove As(V) and As(III) by reduction of As(V) to As(III) [64, 65], 
and also by reduction of both As(V) and As(III) to insoluble As(0) 
[66–68]. A concentration gradient of As species was observed: As(V) 
and As(III) species are exclusively retained in the outer nFeOx layer, 
while As(0) is detected in the limits between the nFeOx shell and the 
Fe(0) core. The reaction mechanism involves arsenic diffusion into 
the interior of the NPs and/or arsenic capture by the growing nFeOx 
layer instead of being retained as surface-bound species. It should 
be emphasized that As(0) formation is a rather slow process, taking 
more than 24 h to be accomplished, and that this nZVI-promoted 
As(III)/As(V) redox removal mechanism has only been observed at 
relatively high As concentrations ([As] > 10 mg/L) [66, 68].
	 nFeOx have high removal capacity for both As(V) and As(III) [69], 
but the removal capacity per surface area unit is almost independent 
of the particle size [70]. However, when the NP diameter is smaller 
than 20 nm, a threefold increase in the capacity of As(III) adsorption 
[57] over magnetite [71] and maghemite [72] has been reported. 
This increase was ascribed to (1) the presence of new adsorption 
sites [72], (2) surface precipitation [71], related with partial Fe(II) 
dissolution followed by the formation of an As(III)-rich precipitate 
[57], and/or (3) to surface polymerization of adsorbed arsenite 
[73]. However, processes (2) and (3) take place only at As(III) 
concentrations far above the WHO limit [71]. There is also an 
increase in the adsorption driving force caused by a higher decrease 
in free surface energy after As(III) adsorption, as the NP diameter 
decreases, which can be related to As(III) replacement of tetrahedral 
Fe(III) in the crystal lattice of these nFeOx. The mechanisms of As 
adsorption over nFeOx can be described as surface adsorption 
by complexation/chemical adsorption, ion exchange, and ion 
precipitation [59], the involved forces being electrostatic attraction, 
hydrogen bonding, and configurational stabilization by interfacial 
water [57, 74]. As(III) [71–73] and As(V) [57, 74, 75] adsorption 
on nFeOx takes place by the formation of bidentate inner-sphere 
complexes, with contribution of monodentate inner-sphere and 
outer-sphere complexes; tridentate complexes were reported 
between As(III) and nanoparticulated magnetite and maghemite 

Arsenic
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[71, 72]. The adsorption equilibrium constants for both inner- and 
outer-sphere complexes decrease in the order Fe3O4 > hydrous 
ferric oxide > ferrihydrite > amorphous FeO > goethite [73]; these 
constants were found to be proportional to the dielectric constant of 
the solid.
	 The reaction rates of As(III) and As(V) removal with nFe can 
be fitted to pseudo-first [62, 64] or second-order kinetics [76]; for 
nZVI, a biexponential kinetics was also proposed for As(V) removal 
[77]. The removal capacity can be usually fitted with the Freundlich 
adsorption isotherm [54, 57, 64, 76, 78–80] or, less commonly, with 
the Langmuir model [54, 70, 81]. When different nFe are compared, 
As removal capacity is higher for the samples of higher Fe content, 
i.e., usually the most reduced materials: nZVI > Fe3O4 > Fe2O3 > 
FeOOH [68, 82]. However, nZVI may not be more advantageous over 
the other cheaper nFeOx [83]. As(V) adsorbs more strongly than 
As(III) on nFeOx surfaces [70], but the removal capacity is usually 
similar for both As species [70, 84].
	 Regarding the pH dependence, As(III) adsorption is usually 
higher at neutral pH [79, 84] due to an increase in the concentration 
of the H2AsO3

− species, while iron (oxy)hydroxides have an 
isoelectric point at pH values from 6 to 8.5 [85, 86]; however, other 
studies report that the optimal As(III) adsorption on magnetite and 
maghemite NPs takes place at pH 2 [87]. As(V) adsorption is always 
higher under acidic conditions [79, 84, 87], as the anionic species 
are dominant even at pH 2.
	 In the presence of DO, arsenite adsorption over magnetite is 
followed by As(III) partial oxidation to As(V) by the action of reactive 
oxygen species (ROS) formed after Fe(II) oxidation by O2 [88]; 
incomplete As(III) oxidation was ascribed to magnetite passivation.
	 Among the studied anions that can interfere with As(V) and 
As(III) removal with iron NPs, phosphate is the most relevant 
causing a strong adsorption inhibition [62, 64, 80, 83, 84, 89]. 
Carbonate/bicarbonate are also other significant interfering anions 
[80, 90], more noticeably for As(III) [91]. Sulfate has been reported 
to cause a slight interference with As(V) removal [80, 83], but a 
significant one toward As(III) with nFeOx [57]; however, for nZVI, 
some authors found a strong inhibition [83] while others found that 
the effect was negligible [90]. Regarding silicate, no definite position 
has been established: Some studies indicate a strong interference by 
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competing adsorption and precipitation [62, 89, 92–94], whereas 
others report no influence [80, 95]. Nitrate and chloride [79, 80, 
90] do not interfere with As removal with nFe. The effect of natural 
organic matter (NOM) is still under dispute, as some authors found 
no effect [80], while others report that NOM inhibits As removal by 
nZVI [77, 90], magnetite [70], and hematite [96] NPs. On the other 
hand, calcium was reported to enhance As(V) and As(III) removal 
with nZVI [90], and As(V) adsorption of iron hydroxides at high pH 
[57].
	 There are a few reports on As removal by green-synthesized iron 
NPs [76, 97], but the reported As removal capacity (up to 300 mg/g 
[76]) makes these low-cost materials very interesting. Regarding the 
combination of nFe with UV-Vis irradiation, there is only one work 
in the literature [77], indicating an enhanced As(V) removal (≈15% 
higher) with nZVI after 4 h of UV-Vis irradiation. Mixed metal oxide 
NPs, with Fe combined with other metals, have been also tested for 
As removal, but these materials will not be analyzed here and the 
reader is referred to Ref. [59].

8.4 Uranium

Uranium is present in the environment because of leaching from 
natural mineral deposits and as result of industrial activities, mainly 
nuclear applications [98, 99]. The main impact of uranium on health 
is its chemical toxicity [99, 100], associated with nephritis, high blood 
pressure, and bone dysfunction [101]. The WHO has established a 
guideline value of 30 µg/L in drinking water [99].
	 In aqueous media, uranium exists mostly in its hexavalent 
form, being the uranyl ion (UO2

2+) the dominant species below pH 
3.5 and in the presence of DO, while at higher pH and/or in the 
presence of different anions, other U(VI) complexes can be formed 
[102]. The tetravalent state (U(IV)) is the stable species in reducing 
environments. U(IV) can be found in very acid conditions as U4+ (pH 
≤ 1.2) and U(OH)3+ (1.2 < pH < 1.8); at higher pH, it is present as 
UO2, far less soluble, in equilibrium with U(OH)4 (pKs = −7.3 [103]). 
Uranium species with +3 and +5 oxidation states are rather unstable 
in aqueous media, easily oxidized by O2 [104, 105] and unstable 
even under anoxic conditions. U(II) existence in aqueous solution is 
still unclear [106], and U(0) has not been informed [106].

Uranium
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	 Generally, uranium remediation methods using iron-based 
materials can be classified as (1) not changing the uranium oxidation 
state, (2) changing the oxidation state, or (3) a combination of 
both [107]. It is accepted that U(VI) removal from solution using 
nZVI involves reduction, adsorption, and coprecipitation during 
the formation of Fe(III) hydroxides [108]. According to Yan et al. 
[109], Fe(0) originally present in the core of the NPs is the primary 
reduction agent, through electron transfer to U(VI) already adsorbed 
on the surface of the NPs, producing Fe(II) (Eq. 8.6).

	 ≡UO2
2+ + Fe0 Æ UO2 + Fe2+	 (8.6)

	 After that, surficial Fe(II) can rapidly reduce U(VI) (Eq. 8.7) while 
producing Fe(III) in a reaction favored under anoxic conditions.

	 ≡UO2
2+ + 2 ≡Fe2+ Æ UO2 + 2 Fe3+	 (8.7)

	 Even when surface Fe(II) is considered a more powerful reducing 
agent than aqueous Fe(II), the latter can also reduce U(VI) but in a 
much slower process [110]. Fe(III) is a stronger oxidant than U(VI) 
(E0

Fe(III)/Fe(II) > E0
U(VI)/U(IV) = 0.33 V), and, therefore, the produced 

Fe(III) can oxidize Fe(0) (Eq. 8.8), followed by reduction of U(VI) by 
the resulting Fe(II):

	 Fe3+ + Fe0 Æ 2 ≡Fe2+	 (8.8)

	 Li et al. [111] proposed that UO2
2+ can be adsorbed by hydroxyl 

groups present in the oxide layer of the NPs through proton exchange. 
In that work, U(VI) hydrolysis and precipitation of UO2(OH)2 on the 
iron surface are also proposed, reducing the reactivity of the NPs 
due to the continuous precipitation of U(VI) and iron hydroxides on 
the surface.
	 Strong acid conditions are detrimental for U(VI) removal, and 
maximum removal is observed at pH around 5.5 with a rapid decline 
at pH values exceeding 6 [108, 112]. Under almost neutral pH and in 
the absence of complexing agents, near total reduction from U(VI) to 
U(IV) can be obtained [113].
	 The chemistry of uranium in water is highly affected by the 
presence of other ions in solutions. In the case of bicarbonate, 
uranyl carbonate complexes show an extremely high stability, and 
in solutions containing carbonates, reduction of U(VI) is arrested 
[114–116]. These U(VI)-carbonate ternary complexes were also 
found on the surface of hematite using EXAFS and electrophoretic 
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mobility experiments [117]. If HCO3
− and Ca+ are in solution, two 

ternary aqueous uranyl complexes are formed: Ca2UO2(CO3)3 and 
CaUO2(CO3)3

2−. Crane et al. [118] showed that Ca+, Na+, and HCO3
− do 

not influence the efficiency of U removal for short-term experiments 
(30 min), but long-term experiments (48 h) demonstrated that the 
presence of Ca+ significantly promotes U desorption in parallel to 
the re-establishment of chemically oxidizing conditions. This is in 
agreement with previous results of the group [115], which provided 
clear evidence that the corrosion lifespan and associated U(VI) 
removal efficacy are enhanced in the absence of dissolved oxygen. 
Additionally, it has been suggested that long-term U immobilization 
as U(IV) may require removal of nitrate [119]. Even when nitrate 
does not directly oxidize U(IV) at appreciable rates, nitrite slowly 
oxidizes U(IV) to U(VI) and the rate is speed up in the presence of 
Fe(II) ions [120].
	 Raman and XANES analysis of the NPs after treatment suggested 
the formation of UO2 [121]. Studies carried out by XAS, XRD, and 
TEM showed that the structure of the reduced U solid phases is time 
dependent and largely influenced by the ratio of nZVI to U in the 
system with the formation of UO2 at high U:Fe molar ratios (1:4) 
and U(IV) and U(V) surface complexes at lower molar ratios (1:21) 
[122]. In a recent work, Ling et al. [123] used Cs-TEM combined with 
X-ray energy dispersive spectroscopy (XEDS), electron energy-loss 
spectroscopy, and XPS in order to investigate diffusion and reaction 
processes for U(VI) on nZVI. It was shown that after 24 h, 87.3% of 
U is contained in the 50% central volume of the NPs, whereas after 
1 h, almost 80% of the uranium is in the outer shell. The process 
was described as a sorption followed by time-dependent uranium 
penetration or diffusion across the oxide layer accelerated by its 
chemical reduction mediated by Fe(II) and/or Fe(0).
	 As expected, the uranium removal efficiency depends on the 
morphology and the composition of the NPs. Crane et al. [124] 
showed almost complete removal of U(VI) from mine water using 
nZVI and very low removal (15%) using nFe3O4. Vacuum-annealed 
nZVI was the only material able to prevent U re-release after 4-week 
experiments.
	 The removal of U(VI) using nFe3O4 is described through several 
simultaneous steps: (1) non-reductive adsorption on the NP surface, 
(2) U(VI) adsorption/incorporation on the Fe(III) (oxy)hydroxides, 

Uranium
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and (3) heterogeneous reduction to U(IV) by reaction with surficial 
or adsorbed Fe(II) [125, 126]. Evidences of monoelectronic U(VI) 
reduction with U(V) formation have been reported [127, 128]. It was 
shown that magnetite with Fe(II)/Fe(III) ratios ≥ 0.38 reduces U(VI) 
to UO2, whereas with more oxidized magnetites (Fe(II)/Fe(III) ratio 
< 0.38) and maghemite (Fe(II)/Fe(III) ratio = 0), adsorbed U(VI) was 
the dominant phase observed [129].
	 Field applications for U removal with nZVI are scarce [118, 130]. 
Dickinson et al. [130] investigated the use of nZVI as a remediation 
strategy for a uranium-contaminated waste effluent from AWE 
(Atomic Weapons Establishment in Aldersmaston, UK). Experiments 
with a duration of 28 days showed 85% U removal in anoxic systems 
and 50% in oxic systems. Ex situ remediation of uranium-bearing 
mine water (Ciudanovita Uranium Mine, Banat, Romania) using 
nZVI and nZVI–nickel was tested, finding differential behavior 
when working at laboratory size (< 2 L) versus commercial-scale  
(> 1000 L) batch systems due to the significant technical challenge 
of homogeneous mixing/dispersion of NPs with the aqueous phase.

8.5 Conclusion

Iron-based NPs have been successfully used for Cr(VI), As(V)/
As(III), and U(VI) removal from water with a vast number of studies 
published, mainly at the laboratory scale.
	 Parameters such as pH, DO, and presence of other dissolved 
ions are key to designing successful nFe-based treatments for any 
of these pollutants; nevertheless, particular issues have to be taken 
into account in each case. nZVI is the best material regarding Cr(VI) 
and U(VI) removal, as the reduction to Cr(III) and U(IV), respectively, 
is required and the Fe(0) core acts as an almost continuous source 
of electrons. On the other hand, nZVI surface passivation due to 
Cr(VI) adsorption/reaction is a major drawback for the system, as 
well as the presence of DO compromises the long-term stability of 
the removed U on the iron products. In the case of As(III) and As(V), 
both are removed mainly by adsorption processes; therefore, the 
best strategy is the use of nFeOx, which can be obtained through 
inexpensive procedures.
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9.1 Introduction

Heavy metals and metalloids contamination of soils is caused by the 
rapidly expanding industrial areas, mine tailings, land application of 
fertilizers, animal manures, sewage sludge, pesticides, wastewater 
irrigation, coal combustion residues, spillage of petrochemicals, 
and atmospheric deposition [1–4]. The geochemical cycles of heavy 
metals are strongly affected (influenced) by the environmental 
conditions (P, T, Eh, dissolved oxygen), soil characteristics (texture, 
organic content, humidity), the chemical speciation of the introduced 
metal and the presence of specific species of microorganisms in the 
soil microbial consortia. In fact, whereas organic pollutants are 
usually degraded and oxidized through biochemical and chemical 
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processes, most metals and metalloids do not undergo chemical or 
microbial degradation [5] and their concentrations could persist 
for a long time in soil. The consequences of these phenomena could 
be the inhibition of enzymatic soil activity and organic pollutants 
degradation [6]. Indeed, the toxic effect of a metal depends on several 
factors (metal concentration, organism species, assumption pathway, 
presence of other chemicals that can increase or reduce the toxicity 
of the metal), but it may pose significant risks and hazards not only 
to the ecosystem but also to humans (contact with contaminated 
soil, through the food chain soil–plant–human or soil–plant–animal–
human, contaminated groundwater drinking, reduction in food 
quality via phytotoxicity [7]). The most common heavy metals found 
in polluted soils are lead (Pb), zinc (Zn), cadmium (Cd), nickel (Ni), 
and chromium (Cr). In particular, the subject of this first part of the 
present chapter is the occurrence and characteristics of Cr in soil.

9.2 Chromium: Occurrence and Properties

Among the transition metal ions of the 3d series VIB group, Cr is 
the most widely studied because of its variability in oxidation state, 
coordination numbers, molecular structure, and physicochemical 
characteristics changes with its speciation [8]. It is the 21st most 
abundant metal in the earth’s crust [9], and it has an atomic number 
of 24 and an atomic weight of 51.996; of the five known isotopes, 
the most common is 51Cr (half-life 27.8 days). Chromium exists in 
nature as ore, and it was isolated for the first time by French chemist 
Nicolas Louis Vauquelin in 1797 from the mineral crocoite (PbCrO4) 
[10]. The world production of Cr (as FeCrO4) was increased from 
9,570,000 t in 1994 [11] to 22,000,000 t in 2010 [12]. Cr can exist 
in oxidation states ranging from −2 to +6, but trivalent chromium 
Cr(III) (which is an essential nutrient), bivalent chromium Cr(II) 
(less stable than the trivalent form and present only in aqueous 
media), and hexavalent chromium Cr(VI) (which is carcinogenic for 
humans and other animals) are the most common forms observed, 
due to their stability in the environmental pH and redox range. The 
ionic radii are 0.052–0.053 nm for Cr(VI) and 0.064 nm for Cr(III) 
[13]; as a consequence, Cr(III) can readily substitute Fe in igneous 
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rocks (the ionic ray of Fe(II) is 0.067 nm), whereas mafic and 
ultramafic rocks could be rich in both Cr(III) and Cr(VI). Thus, the 
natural occurrence of this metal in soil is due mainly to weathering 
phenomena, which involve the latter kind of rocks. However, the 
most stable chromium compounds in nature are the Cr(III)–Fe(II) 
minerals (known as chromites), which implies that the main Cr(VI) 
source comes from anthropogenic activities, related to several 
industrial processes such as metallurgical and mining activities, 
leather tanning, and timber preservation [10]. Chromium wastes 
generated by these activities are disposed of on land, wetlands, and/
or landfills and increase the concentration of Cr(VI) and Cr(III) in 
the soils, subjacent groundwater, and nearby surface waters.
	 The average amount of chromium in various kinds of soils ranges 
from 0.02 to 58 mmol/g [14]. An increase in local Cr concentration 
originates from fallout and washout of atmospheric Cr-containing 
particles. Due to its presence in soil, Cr is usually ingested by humans 
through foods and beverages; regarding food, Cr was found in 
mashed potatoes, broccoli, and turkey breast [15], while regarding 
beverages, several well-known brandy beers are characterized by 
a mean Cr concentration (mainly Cr(III)) ranged between 0.1 and 
0.4 mg/L [16]. Cr in soil is present mainly as Cr(III), as insoluble 
Cr(OH)3, or as Cr(III) adsorbed to soil components (such as 
hydroxides and clay compounds), which prevents Cr leaching into 
the groundwater or its uptake by plants [17]. The dominant Cr form 
in soil depends on Eh and pH: In acidic soils (pH < 4), the dominant 
form is Cr(H2O)6

3+, whereas its hydrolysis products are dominant at 
pH < 5.5 [18]. In neutral-to-alkaline soils, Cr(VI) can exist in soluble 
(i.e., Na2CrO4) but also in moderately soluble chromates (i.e., CaCrO4, 
BaCrO4, PbCrO4) [19]. In acidic soils (pH < 6), HCrO4

− becomes a 
dominant form. The relation between Cr(III) and Cr(VI) strongly 
depends on pH and oxidative conditions, and usually, the Cr(III) is 
the dominating species. To investigate the behavior of chromium in 
soil and to make some predictions about its speciation according to 
the environmental characteristics of the medium, the most stable 
forms are analyzed first separately and then together in a specific 
paragraph.

Chromium
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9.2.1 Trivalent and Bivalent Form

Cr(III) is the most stable oxidation state, while Cr(II) ions are strongly 
reducing and only stable in the absence of oxygen. When Cr(III) is 
present as soluble form in the soil solution, its speciation strongly 
depends on pH and Eh [20]. At pH < 4, Cr(III) is always an octahedral 
hexaaquo ion, Cr(H2O)6

3+. It tends to hydrolyze with increasing pH, 
resulting in the formation of polynuclear complexes containing OH− 
bridges due to the loss of a proton from coordinated water, followed 
by coordination of the OH− to a second cation. Insoluble Cr(OH)3 is 
the end product of the hydrolysis. In Eq. (9.1), the pH equilibrium of 
Cr(III) is reported [21]:

	 Cr H O Cr H O OH Cr H O OH Cr OH
n m

m
( ) [ ( ) ] [ ( ) ( ) ] ( )

2 6

3

2 5

2

2

3

3

+ + -´ ´ ´

� (9.1)

	 Cr(OH)3 exhibits amphoteric behavior and, at higher pH, 
is transformed into the readily soluble tetra-hydroxo complex, 
Cr(OH)4

− (pK = 15.4) [22]. At increased concentration of Cr(III) 
([Cr(III)] > 106 M), it is possible to observe other polynuclear 
hydrolytic products (Cr2(OH)2

4+, Cr3(OH)4
5+, Cr4(OH)6

6+). Besides 
the tendency to form hexacoordinate octahedral complexes with 
water and hydroxyl anions, Cr(III) forms other similar complexes 
with several ligands such as ammonia, urea, ethylenediamine, and 
other organic ligands containing oxygen, nitrogen, or sulfur donor 
atoms [23]. These complexes, except when the complex agents are 
humic acids or other organic macromolecules, are characterized 
always by a higher solubility and mobility in respect to that of Cr–
OH complexes. Overall Cr(III) is non-mobile and non-bioavailable in 
soils.
	 Due to its instability, the aqueous chemistry of the Cr(II) cation 
has not been extensively studied. These ions are present in aqueous 
solution as octahedral high-spin hexaaquo ions, Cr(H2O)6

2+, and are 
unstable with respect to oxidation to Cr(III) [21] (E0= −0.41 eV):

	 Cr III Cr II( ) ( )+ ´-e 	 (9.2)

	 Cr(III) is recognized as a nontoxic form of chromium by several 
researchers and an essential nutrient for humans and animals; its 
deficiency causes disturbance in the metabolism of glucose and 
lipids. Some other authors [24] stated that before recognizing Cr(III) 
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as an essential nutrient for mammals, it is necessary to identify a 
Cr complex (biomolecule) with a biochemical role in the organism. 
Cr(III) seems to increase insulin sensitivity to favor the metabolism 
of lipids and glucose, and if it is delivered as chromium picolinate 
(Cr(C6H4NO2)3), it exhibits an antidepressant effect [25]. According 
to the U.S. Institute of Medicine, a daily intake of 25 and 35 μg of 
Cr(III) for females and males, respectively, is recommended [26]. 
The maximum accepted concentration for total Cr in drinking 
water is 100 μg/L in most countries of U.S. and Europe, although 
in California, Germany, UK, and Italy, it is lower (equal to 50 μg/L). 
The exposure limit for Cr(0), Cr(II), and Cr(III) recommended by the 
National Institute for Occupational Health and Safety (NIOSH) is 500 
μg/m3 for a 10 h workday, 40 h week [27].

9.2.2 Hexavalent Form

Hexavalent Cr is a strong oxidizing agent, and it exists in the 
environment as an oxyanion: chromate (CrO4

2−), dichromate 
(Cr2O7

2−), hydrogen chromate (HCrO4
−), or dihydrogen chromate 

(H2CrO4) [20]. At very low pH (pH < 0.1) and high Cr concentration 
(>1 M), it is possible to observe also hydrogen dichromate (HCr2O7

2−), 
trichromate (Cr3O10

2−), and tetrachromate (Cr4O13
2−). In general, 

the formation of more polymerized chromium oxide species occurs 
with an increase in the Cr concentration or with a decrease in the pH 
[33]. In particular, in the pH range 2–6, the following equilibrium is 
established:

	 2 2
4

2

2 7

2

2
CrO H Cr O H O

- + -+ ´ + 	 (9.3)

	 The redox potential of Cr(VI) strongly depends on pH. Considering 
acid media, it is possible to observe the following reaction (E0 = 
1.33–1.38 V):

	 Cr O H e Cr H O
2 7

2 3

2
14 6 2 7

- + - ++ + ´ + 	 (9.4)

whereas in basic media (E0 = −0.12 V):

	 CrO H O e Cr OH OH
4

2

2 3
4 3 5

- - -+ + ´ +( ) 	 (9.5)

	 Cr(VI) stable chemical forms are more soluble and mobile with 
respect to the trivalent forms, and also due to these characteristics, 
they have a significant toxicity for all organisms. In the scientific 
literature, several data regarding the exposure of workers to 

Chromium
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hexavalent chromium species airborne over an extensive period 
showed that the workers presented an increased risk of developing 
lung cancer [28]. Cr(VI) is also allergenic, corrosive, and mutagenic, 
in particular, if exposed to oral ingestion [28]. Several experiments 
were carried out on rats, and the conclusion of more than 20 years 
of research is that exposure to Cr(VI) causes cancer, based on the 
increased incidence of tumors in the small intestine of mice (within 
the duodenum, jejunum, and/or ileum) [29].

9.2.3 Behavior of Cr(VI) and Cr(III) in Soil

The metal retention mechanisms in soil involve sorption/desorption, 
precipitation/dissolution phenomena, redox and complexation 
reactions that depend on soil properties such as pH, redox potential, 
surface area, cation exchange capacity, organic matter content, 
clay content, Fe and Mn oxide content, and carbonate content [1, 
13]. The Cr(III)/Cr(VI) system in soil is characterized by peculiar 
properties, starting from their large difference in mobility and 
solubility in soil solution. The most mobile forms of Cr in soil are 
CrO4

2− (predominant form of Cr(VI) in neutral soils, pH = 6.5–7.5) 
and HCrO4

– (predominant form of Cr(VI) in acidic soils). They can 
be assimilated by plants and can easily reach the deeper soil layers, 
causing groundwater pollution [19]. Only a minor amount of Cr(VI) 
is bound in soils and depends on the mineralogical composition 
and pH. Positively charged soil colloids such as aluminum and iron 
hydroxides (i.e., goethite, FeO(OH)) are generally involved in the 
adsorption phenomena of the hexavalent chromium species such 
as CrO4

2– ion, which, in more acidic soils, becomes HCrO4
−, a more 

soluble species that usually tends to desorb from minerals and stay 
in the soil solution [30]. Hexavalent forms of chromium are the only 
metal species that are highly mobile in alkaline soils, and besides the 
variation of Eh and pH of the soil, only the presence of clay minerals 
containing free Fe and Mn oxides could retard their migration; other 
soil properties (i.e., cation exchange capacity), except for organic 
matter content, had no significant influence on Cr(VI) immobilization 
[31]. The sorption of Cr(VI) can occur simultaneously with its 
reduction to the trivalent form, and both are favored by acidic pH 
[1]. The sorption of Cr(VI) onto the positively charged surface of 
FeO(OH) and iron oxides seems to be nonspecific, as observed by 
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Stollenwerk and Grove [32] (the chromates adsorbed onto oxide 
coatings of alluvium aquifer materials desorbed immediately when 
uncontaminated groundwater was added). The reversibility of the 
process strongly depends on the properties of the soil solution (pH) 
and, in particular, on the presence of specific ligands (SO4

2− and 
PO4

3− tend to inhibit sorption respect to Cl− and NO3
−, which have 

no significant effect on the process [33]). Among the possible Cr(VI) 
reduction mechanisms that can occur in soil, the only two that are 
characterized by a remarkable kinetics involve ferrous iron and 
organic matter [33]. The latter is the main electron donor and favors 
also the other reduction reactions carried out by S2−, Fe(II) and some 
bacteria [1, 19, 30]. The reduction of Cr(VI) by ferrous iron can be 
written as [33]:

	 HCrO Fe II H Cr II Fe III H O
4 2

3 7 3 4
- ++ + ´ + +( ) ( ) ( ) 	 (9.6)

	 This reaction is very fast in acidic media (pH < 5), even in the 
presence of Fe-oxidizing species such as dissolved oxygen, and only 
when phosphate anion concentration is greater than 0.1 M or for pH 
> 10, the oxidation of Fe(II) to Fe(III) by oxygen becomes significant 
and can inhibit the process [34]. The most effective mineral for the 
reduction of Cr(VI) is pyrite (FeS), due to the presence of two electron 
donors (Fe(II) and S2−). At pH < 4, a brown precipitate was observed, 
which was identified as a mixed Fe–Cr oxyhydroxide, according to 
the following reaction [34]:

	 x x x xCr III Fe III H O Cr Fe OH H( ) ( ) ( ) ( )( )+ - + Æ +-
+

1 4 3
2 1 3

	 (9.7)

where x can vary from 0 to 1 and is 0.25 according to Eary and Rai 
[34]. The reaction can occur both in solution (after the dissolution of 
the ferrous iron from minerals or with Fe(II) already dissolved) or 
on the mineral surface. For instance, the Cr(VI) reduction performed 
by ferrous iron of biotite occurs in solution, and it is catalyzed by the 
presence of ferric ions, which can be reduced to Fe(II) on the biotite 
surface [34].
	 Humic and fulvic acids can reduce Cr(VI) to Cr(III) (which 
remains adsorbed on the macromolecule or precipitate as 
hydroxide) at moderate rates under environmental conditions; 
the process achieves significant rates only in acidic and anaerobic 
media, as already reported for iron reduction [35]. However, 
high concentrations of Cr(VI) could rapidly exhaust the available 
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reducing capacity of the soil, whereas the presence of selected 
complexing agents (Al oxides, amorphous Al, hydroxides, and other 
soil components) could protect Cr(VI) from reduction, leading to 
the accumulation of the hexavalent species per several years [36] 
(in particular in sandy soils with a low organic matter content). The 
reduction of Cr(VI) is also possible through the biotic path, both in 
aerobic (bacteria) and anaerobic (bacteria and fungi) environments 
[33].
	 The trivalent form of chromium is naturally present in soils as 
hydroxide or as cation adsorbed to the soil minerals, thus reducing 
the mobility and bioavailability of the metal. Cr(H2O)6

3+ and Cr(OH)2+ 
are the dominant forms in acidic soils, and both forms are easily 
sorbed by clay minerals (the process is favored by an increase in pH 
probably due to an increase in the negative charge of the surface of 
these minerals [1]). As the hexavalent form, the trivalent one can 
be also adsorbed by humic and fulvic acids and siliceous minerals 
[13]. However, the mobility of the obtained complex depends on 
pH and on the complexant; if it sorbs to humic acids, the product 
results immobile and non-reactive (the optimum pH range for this 
process is 2.7–4.5 [37]), whereas if it sorbs to fulvic acids or more 
soluble compounds as citric acid (H3C4H5O7), the product is more 
mobile and is susceptible of oxidation to Cr(VI). The fraction of 
Cr(III) dissolved in soil solution usually hydrolyzes to Cr(OH)3 and 
precipitates, and in anaerobic environment such as deep sediments, 
it could remain immobilized as long as sediments remain stable 
[34]. In more oxidizing environments, dissolved oxygen and MnO2 
could oxidize Cr(III) to Cr(VI), and between these two oxidants, 
only the reaction carried out by manganese oxide seems to have an 
appreciable kinetic in soil systems [17, 30]. In fact, considering only 
the presence of dissolved oxygen, the oxidation becomes significant 
after two or three months: Palmer and Wittbrodt observed the 
increase in the Cr(VI) concentration in three different soils kept in 
moist state [38]. Richard and Bourge [39] proposed a three-step 
mechanism in aqueous solution for the Cr(III) oxidation mediated by 
manganese dioxide: Initially, the soluble Cr(III) sorbs to the mineral 
surface of the dioxide; subsequently, a fraction of Cr(III) is oxidized 
to Cr(VI) by Mn(IV) on the surface sites, and finally, Mn(II) and 
Cr(VI), as anions, are desorbed from the sites. In soil, this reaction 
(see Eq. 9.8) can occur both for d- and b-MnO2 (pyrolusite), at a high 
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rate (a significant Cr(III) oxidation was observed in less than 1 h) 
and seems to be catalyzed by acids (also organic acids) [40]:

	 CrOH MnO HCrO Mn II
2

2 4
1 5 1 5

+ -+ - Æ +. . ( )d 	 (9.8)

	 This last phenomenon has important implications in Cr(VI) 
remediation strategy because it is well known that organic matter 
added to a Cr(VI)-polluted soil generally tends to reduce and 
immobilize hexavalent forms of chromium, while Mn speciation is 
generally less studied.

9.3 Hexavalent Chromium Reduction in Soil by 
Iron Nanoparticles

Several studies performed during the past two decades dealt with 
the experimental design and setup of immobilization technologies 
for the remediation of hexavalent chromium-contaminated soil 
[41, 42] and groundwater [43]. The most common alternative 
technologies, in fact, based on contaminant extraction processes, 
though successfully tested and applied, are often limited by several 
factors, such as the high cost of the extractant agent (chelant, 
surfactant), and its toxicity (though the use of biosurfactants is now 
widely adopted). In addition, the occurrence of side reactions during 
the extraction process, such as solubilization of organic matter, may 
induce a strong alteration of soil chemical and physical properties, 
thus also affecting chromium speciation [44, 45]. Furthermore, 
Cr(III) complexation by organic chelants could result in an increase 
in its availability for reoxidation to the hexavalent form [46], 
especially in the presence of a significant amount of Mn oxides [47].
	 Among the immobilization techniques, the in situ manipulation 
of redox status by chemical reduction using reactive solutions offers 
a promising alternative for the treatment of contaminated soil. This 
technique generally deals with the reduction to Cr(III), providing a 
source of electrons, followed by pH adjustment to neutrality to favor 
precipitation of Cr(OH)3 or mixed oxyhydroxide phases [48]. To this 
aim, several studies in the recent years have investigated the use 
of nanozerovalent iron [49, 50] or bivalent iron [51, 52] as ferrous 
sulfate.

Hexavalent Chromium Reduction in Soil by Iron Nanoparticles
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	 In particular, zerovalent iron (ZVI) is an excellent electron donor, 
which is used to transform via reduction or indirect oxidation many 
common contaminants in soil and groundwater. The large surface 
area of ZVI nanoparticles with respect to microsized ZVI strongly 
enhances the reactivity for the transformation of the recalcitrant 
environmental pollutants, due to the very high surface energy for 
the redox process [53, 54].
	 As widely reported in the recent literature, nZVI particles have 
been proved to be significantly effective in the removal of a wide 
range of organic pollutants from polluted water and wastewater, 
including halogenated solvents [55], chlorinated pesticides [56], 
organophosphates [57], dyes [58], nitroamines [59], nitroaromatics 
[60], and polyphenols [61] (in this last case, the obtained results were 
significantly better than those obtained by conventional processes 
[62]). Several literature experiences have also demonstrated that 
nZVI can be successfully used for the removal of hazardous inorganic 
species, such as nitrate [63, 64], metalloids [65], heavy metals [66], 
including uranium [67], as an alternative to microbial-assisted 
immobilization technologies [68, 69].
	 Fe0 nanoparticles consists of a core–shell structure, with the 
Fe0 core surrounded by an oxide/hydroxide shell, which grows 
thicker with the progress of iron oxidation due to the reaction with 
oxidizing species [70]. Reaction is limited by the passivation of the 
nanoparticle surface, which progressively reduces the available 
active sites for electron transfer.
	 The particles are usually injected as slurry directly into the 
subsurface environment to remediate contaminated groundwater 
plumes or contaminant source zones (thus avoiding the need for 
intrusive digging methods).
	 Pilot and field-scale remediation tests have been already 
performed or are under way, and the concentrations of approximately 
4.5–300 g/L of nZVI slurry have been generally used [71]. The cost 
of the treatment depends on depth, local geology, type, and quantity 
of the contaminant [72].

9.3.1 Cr(VI) Reduction in Soil

The effectiveness of nZVI toward Cr(VI) reduction has been widely 
demonstrated by several studies in the literature. Several studies 
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in the recent years have been carried out aiming at demonstrating 
the effectiveness of nZVI in soil remediation. Most of them were 
performed in spiked soil, and additional studies are required before 
implementing this technology on full scale [73]. According to the 
literature, nZVI can be successfully applied to soil treatment using 
slurry reactors under dynamic conditions [53, 74]. The reduction 
of Cr(VI) is time dependent and increases with the concentration of 
nZVI [75].
	 A comparison between ferrous sulfate and nZVI was performed 
by Di Palma et al. [76]. They showed that almost complete Cr(VI) 
removal from a polluted soil was achieved after several hours of 
treatment, in the presence of a large excess of Fe(II), providing a 
preliminary oxygen stripping from the slurry. At the same conditions, 
tests performed using colloidal nZVI nanoparticles showed that the 
reaction was faster than in the case of using Fe(II): A negligible Cr(VI) 
residue amount in the soil was achieved within 1 h of treatment, 
though a huge excess of nZVI with respect to the initial Cr(VI) content 
(30:1) was necessary. Tests conducted prolonging contact time up to 
24 h did not show significant increase in the performance, due to 
progressive Fe0 inactivation [75]. The typical product of this redox 
process is chromium hydroxide, Cr(OH)3, with partial substitution 
of Cr by Fe; as a consequence, the most probable final product is a 
mixed insoluble compound described by (Cr1−xFex)(OH)3, where 
“x” is typically around 0.33 [77]. This mechanism can be confirmed 
by performing sequential extraction tests on the treated soil, to 
investigate metal partitioning in different soil fractions. Due to 
Cr(VI) solubilization, reduction, and following Cr(III) precipitation, 
the reducing treatment resulted in an increase in the amount of 
chromium bound to the oxide–hydroxide fraction, thus confirming a 
mechanism of chromium–iron hydroxides precipitation [75].

9.3.2 Combination of nZVI and Dithionite

The use of nZVI in combination with dithionite (Na2S2O4) inhibits 
oxidation, aggregation, and precipitation of ferrous iron, which 
mitigates the surface passivation of nZVI. The mechanism of Cr(VI) 
treatment in Na2S2O4 applications involves the conversion of Fe(III) 
in soils to Fe(II) by Na2S2O4, and the subsequent reduction of Cr(VI) 
to Cr(III) by Fe(II) to form the CrxFe1-x(OH)3 solid [78].

Hexavalent Chromium Reduction in Soil by Iron Nanoparticles
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	 Sodium dithionite in water undergoes dissociation and 
disproportionation reactions to form primarily sulfoxyl radicals 
(SO2

•−), sulfites (SO3
2−), and thiosulfates (S2O3

2−) via the following 
equations:

	 SO SO
4

2

2
2

- -Æ * 	 (9.9)

	 4 2
2 2 3
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SO H O SO S O H

*- - - ++ Æ + + 	 (9.10)

	 During dissociation reactions, dithionite can reduce structural 
iron in clays and dissolve and reduce amorphous and some 
crystalline Fe(III) oxides to produce one or more Fe(II) species [79]:

	 SO Fe H O Fe SO H
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*- + + -- ++ + Æ + + 	 (9.11)

	 To limit the precipitation of Fe(OH)2, which can inhibit the 
dissemination of Fe(II), acidic conditions must be assured, and the 
reduction of Cr(VI) by the Fe(II) can be written as:

	 HCrO Fe H Cr Fe H O
4

2 3 3

2
3 7 3 4

- + + + ++ + Æ + + 	 (9.12)

	 Laboratory-scale tests combining nZVI and sodium dithionite 
carried out at several molar ratios Fe0/Cr(VI) and Na2S2O4/Cr(VI) 
indicated that dithionite increases nZVI effectiveness in the long 
term, assuring an almost complete Cr(VI) reduction at lower nZVI 
dose under optimized conditions [75].

9.3.3 Toxicity of nZVI

Soil remediation by nZVI is generally considered a promising 
technology, but the environmental risks associated to the use of such 
nanoparticles are not yet fully understood.
	 Only a few studies have been performed so far to the evaluation of 
the environmental and biological impact of nZVI and its by-products 
injected during remediation processes. Studies were mainly devoted 
to the investigation of possible toxic effect on biological indicators 
[71, 80, 81].
	 The objective of a complete toxicity study must be the 
investigation of the persistence of nZVI and its by-products in the 
environment, as well as the nature and rate of iron transformation, 
and how soil and water chemistry may influence the partitioning of 
the iron species and distribution between solid and liquid phases. 
Few data are available about these crucial aspects, and additional 
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studies are required to fully understand the potential impact of a 
remediation technology based on nanoparticles.
	 According to Keller et al. (2012), basing on the typical dose of 
nZVI injected in remediation tests, nZVI concentration in the aquatic 
environment impacted by a remediation site could range from mg/L 
to mg/L [71].
	 In tests carried out on selected commercial iron nanoparticles 
at those level, Keller et al. [71] showed that selected commercial 
nanoparticles exhibited toxicity in freshwater media at 0.5–1.0 mg/L 
to the freshwater phytoplankton P. subcapitata and the water flea D. 
magna and were also toxic for three species of marine phytoplankton 
at 0.3–3.0 mg/L [71].
	 The toxicity is mainly due to the product of iron oxidation, such 
as bivalent and trivalent iron cations and oxides, and may be reduced 
by dilution in the subsurface. Both iron species are chemical species 
that most organisms are well adapted to deal with, but the effects 
of a quick increase in their concentration in a relatively small area 
have been not fully investigated. In addition, it is well known that 
bivalent iron acts as a catalyst of hydrogen peroxide decomposition, 
thus generating hydroxyl radicals, which are highly reactive species. 
Furthermore, Fe ions are able to enter the cytoplasm of cells, thus 
inducing oxidative stress, which may damage cell membrane.
	 Nanoparticle coating prevents aggregation, thus prolonging the 
contact of nanoparticles with the contaminated media, but may also 
increase the risk of diffusion of nanoparticles in large areas, even 
reaching uncontaminated zones.
	 In a comprehensive study, Adeleye et al. [82] showed that large 
nZVI aggregates tend to be more persistent due to their decreased 
reactivity, and groundwater ions and natural organic materials 
may increase the persistence of nZVI in the subsurface via reduced 
reactivity and surface passivation. On the contrary, groundwater 
chemistry results impacted by nZVI injection, thus potentially 
influencing ecosystems [82].

9.4 Synthesis of Iron Nanoparticles

Several approaches have been proposed for the preparation of 
zerovalent iron at the nanoscale, including both physical and 
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chemical technologies. However, the most commonly used method is 
the reduction of iron ions to elemental iron by aqueous reaction with 
sodium borohydride. During the synthesis, to prevent fast oxidation 
of the nanoparticles on contact with air, an inert atmosphere has to 
be provided. The pioneer paper by Wang and Zhang [83], where FeCl3 
was used as the zerovalent iron precursor, proposes the occurrence 
of the following reaction:

  Fe H O BH H O Fe B OH H( ) ( ) .
2 6

3

4 2

0

3 2
3 3 3 10 5

+ -+ + Æ Ø + + ≠ 	 (9.13)

and estimates that 90% of produced nanoparticles exhibit a size 
smaller than 100 nm with specific surface area of 33.5 m2/g. More 
often, the reaction between ferric ions and the reducing agent is 
expressed as follows [84]:

   4 3 9 4 3 12 6
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	 Iron nanoparticles are composed of a metallic core coated by 
a passivating layer of iron and boron oxides and hydroxides that 
constitute the shell [85]. In addition, it has been verified that some 
operating conditions significantly affect the morphology and therein 
the reactivity of the nanoparticles. In particular, fast reaction and 
high concentration of reagents promote the formation of needle-
shaped aggregates composed by particles endowed of small radii 
(9.5 nm) and large surface (45.4 m2/g) [86]. It has long been known 
that zerovalent iron nanoparticles can be synthesized also by using 
ferrous [87] instead of ferric salts (mainly FeSO4), with the advantage 
of consuming less NaBH4, thus limiting both costs and hazard of the 
synthesis.

   Fe H O BH H O Fe B OH H( ) ( )
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	 In fact, a comparison of Eqs. (9.1) and (9.3) clearly indicates 
that the use of ferrous ions implies a more favorable molar ratio of 
zerovalent iron to NaBH4 (from one-third to two-thirds). Moreover, 
the Fe(II) reaction reduces the released amount of gaseous hydrogen 
that passes from 10.5 to 7 mol per mole of metallic iron. Nonetheless, 
only a few studies report the use of Fe(II)-synthesized nZVI.
	 However, in spite of the stoichiometric coefficients, either 
starting from ferric or ferrous ions, excess of sodium borohydride 
is generally needed to enhance the reaction rate of synthesis [88] 
and to obtain highly reactive nanoparticles [86]. In particular, the 
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stoichiometric excess of borohydride used with Fe(III) was 7.4 while 
with Fe(II) was 3.6 [89].
	 Although these bottom-up methods result in facile and relatively 
quick preparation, at ambient temperature, the release of gaseous 
hydrogen, with potential explosion hazard and the NaBH4 toxicity, 
raises concerns about the process safety. Moreover, the high cost 
of NaBH4 represents a further drawback and a serious deterrent to 
large-scale application. Therefore, the development of cost-effective 
and environmentally friendly methods represents a topic of great 
interest.
	 Environmentally benign approach to nZVI synthesis relies on 
the adoption of greener reductants. For example, sodium dithionite 
has been proposed to reduce ferrous chloride [90] and ferrous 
sulfate [91]. The reaction requires high pH but is not affected by 
the presence of oxygen; therefore, it can be conducted in air with 
significant simplification and cost reduction. Another alternative is 
the exploitation of the reducing power of dithionite for the chemical 
regeneration of passivated iron nanoparticles, thus assuring their 
long-term action [92]. Other green routes of nanoparticles synthesis 
include the use (as reducing and capping agents) of extracts from 
food scrap [93] or from plants such as coffee [90], sorghum [94], 
rosemary, melaleuca, eucalyptus [95], and tea [96]. Perennial and 
grass plants, typically less water and labor demanding and which 
can be cultivated worldwide, are of major interest. A size ranging 
from 5 to 100 nm is always reported, as well as enhanced stability 
and longevity of the nanoparticles, due to the capping ability of 
polyphenols released in the extracts. The nature and concentration 
of polyphenols do affect both size and structures of the nanoparticles 
[97]. The feasibility of producing nZVI from natural extracts, however, 
is a controversial topic, and conflicting results regarding safety, 
mechanism, and effectiveness can be found in the literature. In fact, a 
recent study verified an ecotoxicological impact on different aquatic 
organisms due to the onset of oxidative stress, due to the Fe(II)-
catalyzed generation of reactive oxygen intermediates [98]. Finally, 
a low performance of green tea deriving nZVI in the treatment of 
Cr(VI)-contaminated soils is observed [98].
	 Another green approach to be considered is the use of an iron 
precursor effluent or industrial residue. For example, Wang et al. 
[99] proposed, for the in situ remediation of Cr(VI) in soils, nZVI 
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synthesized by reaction of borohydride with steel pickling waste 
liquor.
	 As known, the enhanced reactivity of the metallic iron at the 
nanoscale and, therefore, its formidable performance in adsorbing/
reducing a broad range of metals and organics can be attributed 
to its high surface-to-volume ratio. However, without stabilization, 
the ZVI nanoparticles undertake many different interactions driven 
by magnetic attraction and van der Waals bonds, resulting in the 
formation of aggregates and possible settling.
	 There is a consensus on the fact that, in the remediation of 
contaminated soils, nanoparticles agglomeration results in a 
decreased mobility in porous media and, therefore, in a difficult 
deliverability into soils, thus preventing the possibility of in situ 
applications. To improve nanoparticles dispersion, electrostatic and 
steric stabilizations are needed. To this aim, different approaches may 
be adopted [100] by modifying viscosity and surface characteristics 
or by introducing solid supports. Actions aimed at promoting the 
stability of the nanoparticles are generally differentiated into pre- 
and post-synthesis stabilization, depending on whether stabilizers 
are introduced during or after the nZVI production. Pre-synthesis 
methods exhibit better performance due to their superior reactivity 
and increased nanoparticles surface area [53].
	 Since stabilizing agents for in situ application should meet strict 
environmental safety requirements, the addition of surfactants 
is generally avoided, and a few studies investigate their use [101, 
102]. Major concern is represented by their possible toxicity, also 
considering the concentration needed, and the tendency to mobilize 
other pollutants that may be present [99].
	 Stable and green suspensions of iron nanoparticles have been 
obtained by using stabilizers based on natural polymers such as  
xanthan [103] or guar gum [104]. He and Zhao [105] verified suc-
cessfully the use of carboxymethyl cellulose (CMC) and postulat-
ed that it exerts an electrosteric stabilization of nanoparticles by 
forming a negatively charged layer on the ZVI nanoparticles. This 
depresses aggregation, accelerates iron nucleation, and results in 
the formation of small and dispersed particles. Moreover, it has 
been verified that the reduction in the particle size increased with  
increasing CMC to iron molar ratio. A study by Franco et al. [53] 
compared the reactivity of iron sulfate, granular iron, non-stabilized 
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nZVI, and CMC-stabilized nZVI in the reduction of Cr(VI) during 
batch and semi-batch experiments, indicating that the latter is the 
most effective reductant [100]. This result has been confirmed in a 
more recent study by Di Palma et al. [76]. The advantage of using 
these polysaccharides is always their low cost.
	 A further approach is represented by immobilizing the 
nanoparticles on a support that promotes the access into porous 
media. In particular, for this purpose, different kinds of materials 
have been tested, including resins [77], hydrophilyzed carbon [106], 
silica fume [107], and electrospun PAA/PVA [108]. All syntheses 
involve the addition of the support to a ferric or ferrous ions solution 
prior to the drop-wise addition of borohydride. A promising result 
has been obtained by using smectite clay [109]. In fact, it not only acts 
as a support but also as a layer template where, due to the presence 
of negative charges, sparse iron ions are linked, thus resulting, after 
reduction, in metallic iron at sub-nanoscale. The immobilization on 
supports produces more transportable and stable nanoparticles but 
reduces the active surface and, in consequence, the reactivity. It is, 
therefore, necessary to reach a compromise by taking into account 
numerous site-specific parameters [106]. However, in spite of the 
encouraging results, deeper investigation and full scale–up data are 
needed to understand the interactions of stabilized nanoparticles 
with the medium they enter and the possible effect on the ecosystem 
[110].

9.5 Modeling Nanoparticles Behavior in 
Adsorption Processes

The particular and extremely low dimension of iron-based 
nanoparticles makes the proper modeling of their behavior in the 
adsorption processes a difficult task. The unit cell edge of the iron 
crystal is 0.287 nm, value not so much different from a reference 
diameter of the nanoparticle of 100 nm. Moreover, even if a porosity 
could be measured in the nanoparticles, the characteristic time 
of diffusion through the pores inside the particle is proportional 
to the ratio of the squared radius of the particle to the adsorbing 
species diffusion coefficient. For a particle diameter of 100 nm and 
considering the order of magnitude of the diffusion coefficient of 
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species in a liquid medium of 10−5 [cm2/s], the resulting characteristic 
diffusion time should be about 2.5×10−6 s. These circumstances 
result in a difficult and perhaps unnecessary application of 
sophisticated models, such as the different formulations of the 
shrinking core model. As a consequence, in the literature, simplified 
and phenomenological models are, by far, preferred. For this reason, 
in the following description, reference is made only to this class of 
models.

9.5.1 Modeling Adsorption Equilibria

Adsorption isotherms explain the interaction that adsorbent and 
adsorbate exhibit with each other and assume a major importance 
in optimizing the use of adsorbents. In the adsorption processes, 
equilibrium can be described by several available adsorption 
isotherm models [111]; however, the following brief description is 
limited to the models more suitable or adopted in the literature to 
model adsorption in aqueous media. According to the majority of the 
reviewed papers, Langmuir, Freundlich, and Dubinin–Radushkevich 
isotherm models are best fitted models for Cr(VI) adsorption onto 
iron-based nanosorbents [112–114] and are briefly explained below.

9.5.1.1 Langmuir adsorption isotherm model

Monolayer adsorption occurring at specific homogeneous sites 
on the adsorbent material can be successfully modeled by the 
Langmuir isotherm. All the available sites are considered identical 
and energetically equivalent so that once a site is occupied by an 
adsorbate molecule, no further adsorption can take place in the 
same site [111, 115]. The Langmuir model can be expressed in the 
nonlinear form as [116]:

	 q q K
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K Ce m L
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	 (9.16)

where Ce is the concentration of the solution [mg/L], qe is the 
corresponding adsorption capacity [mg/L], and qm [mg/g] and KL [L/
mg] are constants related to adsorption capacity and net enthalpy of 
adsorption, respectively. In the case of aqueous solutions, however, 
the theoretically derived Langmuir model is often not suitable in 
describing the experimental data, in particular when the basic 
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assumptions of monolayer coverage of the adsorbent surface and 
energetic homogeneity of the adsorption sites are not fulfilled [117].

9.5.1.2 Freundlich adsorption isotherm model

Freundlich isotherm model is applicable to heterogeneous 
adsorption surfaces and describes the non-ideal and reversible 
multilayer adsorption. The model is based on the hypotheses that 
several layers of adsorbate can be attached on the adsorbent; in this 
way, the adsorbate will continuously keep bound to the adsorbent, 
and the energy required for adsorption is not constant, but it varies 
according to an exponential distribution. The Freundlich model can 
be represented by the nonlinear form [118]:

	 q K C n
e F e

= ¥ 1/ 	 (9.17)

where the constants KF and n measure the adsorption capacity and 
the energetic heterogeneity of the adsorbent surface, respectively. 
The unit of KF depends on the units used for qe and Ce and includes 
the exponent n (dimensionless). The value of n describes a favorable 
adsorption condition when included in the range 1–10. The 
Freundlich model is not able to describe the linear range at very low 
concentrations, nor the saturation effect at very high concentrations, 
but in general, the intermediate concentration range is accurately 
modeled. In the literature, the model is widely adopted in describing 
the adsorption process in aqueous solution and is often applied 
to model equilibrium in the most kinetic and breakthrough curve 
interpretations [117].

9.5.1.3 Dubinin–Radushkevich adsorption isotherm model

The Dubinin–Radushkevich isotherm model is an empirical model 
initially formulated to describe the adsorption process according 
to a pore-filling mechanism. The model is generally applied to infer 
the adsorption process occurring onto both homogeneous and 
heterogeneous surfaces. The nonlinear expression of the Dubinin–
Radushkevich isotherm model can be represented by the following 
equations [119]:
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where qs [mg/g] is a constant related to the adsorption capacity, 
KDR [mol2/kJ2] is a constant related to the mean free energy of 
adsorption, R [J/mol K] is the gas constant, and T [K] is the absolute 
temperature.

9.5.2 Modeling Adsorption Kinetics

The heterogeneous nature of the adsorption process involving 
ZVI nanoparticles has encouraged many researchers to adopt 
mathematically complex models [120]. However, standing the 
considerations invoked at the beginning of this section, first-order 
kinetics is, at present, the most common model used to explain the 
experimental results from batch adsorption tests. This approach has 
been applied in a wide range of situations due to the basic relative 
simplicity of the mathematical procedure.
	 Assuming that in the current situation the first-order kinetics 
prevails, the rate of contaminant degradation is proportional to its 
concentration in solution, or in mathematical form:

	 �dC
dt

k C= - ¥ 	 (9.20)

where C is the contaminant concentration [mol/L] at time t, and k 
[t−1] is the first-order rate constant.
	 However, when the adsorbent nanoparticles concentration 
strongly affects the adsorption process, this influence should appear 
in the kinetic model, and the first-order kinetic expression should be 
modified in the form:

	
dC
dt

k C P= - ¥ ¥ 	 (9.21)

where P is the concentration of the adsorbent [mol/L], and the rate 
of the contaminant degradation depends on both the contaminant 
and adsorbent concentrations. The reaction is now modeled as a 
second-order kinetics.
	 It is worth to note, however, that in practical situations, the 
concentration of the adsorbent into the solution medium is set 
appreciably larger than that of the contaminant, leading to a useful 
simplification in the modeling framework, which assumes that the 
adsorbent concentration does not change significantly in the course 
of the experiment with respect to the variation of the contaminant 
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concentration. If this is the case, the rate law can be applied in the 
form:

	 dC
dt

k C= - ¥
obs

	 (9.22)

	 In this formulation, the observed first-order rate constant, kobs, 
is related to the first-order rate constant k, according to kobs = k × P, 
and the previous equation is known as pseudo first-order model.
	 Despite its wide use in the literature, this form leads to the 
regression of kobs values different up to three orders of magnitude 
when applied to specific contaminants in experimental tests 
conducted in unlike conditions [120]. In an effort to avoid this 
discrepancy, the rate equation can be structured in the form:

	
dC
dt

k C= - ¥ ¥
SA a

r 	 (9.23)

where kSA is the surface-area-normalized rate constant [L/h m2], 
and ra is the surface area concentration of the adsorbent [m2/L] 
[121]. This last parameter can be related to the specific surface area 
of the adsorbent nanoparticle, as [m2/g], and its mass concentration, 
rm [g/L]:

	 r r
a s m

= ¥a 	 (9.24)

	 Finally, the relationship between kobs and kSA holds:

	 k k a
obs SA s m

= ¥ ¥ r 	 (9.25)

	 The successful application of this approach does clearly depend 
on the precision in measuring the physical characteristics of the 
nanoparticles.

9.6 Conclusion

Several studies in the last two decades proved the nZVI effectiveness 
in Cr(VI) reduction in polluted soil. The use of nZVI ensures high 
removal efficiency (almost quantitative) within a few hours, and 
nontoxic by-products are released at the end of the treatment. 
Nanoparticles are usually coupled to a stabilizing agent to prevent 
iron passivation in the reaction media. The simultaneous addition 
of a reducing agent such as dithionite was successfully tested to 
achieve a further treatment enhancement.

Conclusion
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	 nZVI particles are typically produced by the borohydride 
reduction method, though innovative green synthesis have been 
recently proposed and developed, involving natural extract from 
agro-industrial wastes. Cr(VI) removal has been widely modeled by 
a pseudo first-order kinetics: Basing on the results of experiments 
reported in literature, this form leads to the regression of kobs 
values different up to three orders of magnitude when applied to 
specific contaminants. More complex models can be, therefore, 
developed, considering contaminant adsorption onto nanoparticle 
surface. However, due to the extremely low dimension of iron-based 
nanoparticles and characteristics time of diffusion, the application 
of sophisticated models, such as the different formulations of the 
shrinking core model, appears to be a quite difficult challenge.
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10.1 Introduction

10.1.1 Contamination of Waterbodies by Nitrate

High concentration of nitrate, toxic to human health and aquatic 
life, has been mostly attributed to anthropogenic activities and 
found in waterbodies over the globe. The current scenario of global 
water crisis demands effective treatment of nitrate for adequate 
water supply for domestic, industrial, and agricultural consumption. 
Recently, catalytic nitrate reduction has attracted attention due to its 
high removal capacity and selectivity.
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	 Nitrate is a highly soluble, stable, and leachable compound 
in environmental conditions. These unique properties of nitrate 
enhance its transportation from a source to major waterbodies, 
for example, rivers, lakes, aquifers, and sea. In recent decades, the 
contamination of surface water and groundwater by nitrate has 
accelerated by anthropogenic and nonpoint contaminant origins, for 
example, enhanced agricultural fertilization and untreated or poorly 
treated effluents from domestic and industrial sectors [1, 2]. The 
nitrate contamination poses a wide range of multidirectional and 
detrimental effects on both natural and engineered environments. 
It enhances algal growth in waterbodies, which consume dissolved 
oxygen and ultimately causing hypoxia [3]. Hypoxia is a condition 
in waterbodies where concentration of dissolved oxygen drops to 
extremely low levels and does not support sustenance of aquatic living 
organisms [1, 4]. Consumption of nitrate-contaminated drinking 
water could cause methemoglobinemia (blue baby syndrome) in 
infants [5]. Furthermore, it could be a precursor to carcinogenic 
N-nitroso compounds during its process in human intestines [5–8]. 
Due to the multidirectional effects, stringent regulations for the 
control of nitrate have been imposed by the European Union (EU) 
and United States Environmental Protection Agency (USEPA). The 
regulated maximum allowable concentrations (MCL) by EU and 
USEPA are 50 mg/L (11.3 mg/L nitrate – nitrogen) and 44.3 mg/L 
(10 mg/L nitrate – nitrogen), respectively.
	 This chapter describes the reduction of nitrate by iron 
nanomaterials supported Cu–Pd bimetallic catalysts. It provides 
fundamental understanding for the development of novel nitrate 
removal technology using iron nanomaterials and proper application 
to enormous nitrate pollution challenges in a safe and eco-friendly 
manner.

10.1.1.1 Technologies for aqueous nitrate removal

The removal of aqueous nitrate without full understanding of 
its chemistry is critical due to the potential adverse effect on 
ecosystems, global food chain, and human health. Ideally, a complete 
nitrate removal into harmless end products is desired. Hence, 
numerous techniques have been utilized for the proper removal of 
nitrate, including adsorption, ion exchange, reverse osmosis, and 
biological denitrification. However, these techniques have their own 
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advantages and disadvantages (Table 10.1). For example, physical 
and physicochemical processes (e.g., adsorption, reverse osmosis, 
ion exchange) produce highly concentrated solid streams of nitrate 
and additional by-products, which require further disposal [5, 6, 
8–11]. The biological denitrification is relatively slow in kinetics, 
complex in operation, and produces excessive waste sludge [8, 10, 
11]. Due to these reasons, environmental scientists and engineers are 
striving for new denitrification techniques that could achieve high 
removal with minimum or no by-products. Recent advancements 
in the development of material sciences and engineering from 
multidisciplinary research fields have enabled the environmental 
professionals to effectively treat critical pollutants such as nitrate. In 
this regard, the reduction of nitrate by monometallic and bimetallic 
catalysts has emerged as a feasible alternative due to its unique 
features such as fast kinetics, high reductive capacity and selectivity 
to harmless and eco-friendly nitrogen [5, 12–18]. A comprehensive 
comparison between catalytic nitrate reduction and other techniques 
is presented in Table 10.1 [19]. The comparison shows that catalytic 
nitrate reduction is superior to other techniques due to several 
advantages, i.e., harmless end product, zero waste production, 
complete nitrate removal, high operational flexibility and mobility, 
simple control, low space requirements, zero production of odor and 
noise, and immediate start up.

10.1.1.2 Catalytic nitrate reduction

In general, bimetallic catalyst consists of a promoter metal (e.g., 
Cu, Sn, In, Ni, Ag), a noble metal (e.g., Pd, Pt, Au, Ru), and a support 
surface (e.g., zerovalent iron, iron oxides, titania, alumina) (Fig. 
10.1). The reduction of nitrate on the surface of bimetallic catalysts 
is a multistep redox reaction as depicted in Fig. 10.1. Hydrogen is 
supplied as a reducing agent from the start of the reaction, which 
is activated by a noble metal (MN, e.g., Pd) (Eq. 10.1). In the first 
step, zerovalent promoter metal (MP) adsorbs and reduces nitrate 
to nitrite by abstraction of oxygen (Eq. 10.2). In the next step, nitrite 
is adsorbed by the noble metal sites and reduced to nitrogen or 
ammonium with the help of activated hydrogen (Eq. 10.3) and (Eq. 
10.4). In the final step, oxidized promoter metal is reduced to its 
zerovalent state by the spillover of activated hydrogen from noble 
metal (Eq. 10.5) [5, 13, 20, 21].

Introduction
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	 H2 + MN
0 → 2Hads-MN

0	 (10.1)

	 NO3
− + MP

0 → NO2
−

 + MPO	 (10.2)

	 2NO2
− + 6Hads-MN

0 → MN
0 + N2 + +2OH− + 2H2O	 (10.3)

	 NO2
− + 6Hads-MN

0 → MN
0 + NH4

+ + 2OH−	 (10.4)

	 MO + Hads →M0 + OH−	 (10.5)

Table 10.1	 Comparison of the characteristics of technologies for water 
remediation after nitrate contamination

Technology

Property
Ion 
exchange

Reverse 
osmosis

Biological 
denitrification

Catalytic 
Reduction

Fate of nitrate Adsorbed 
and 
concentrated

Concen-
trated in 
a waste 
stream

Transformed 
to N2

Trans-
formed to 
N2

Waste Waste brine Waste brine Bacteria sludge None
Chemical 
additives

Sodium 
chloride

Sulfuric 
acid and 
base

Ethanol and 
phosphoric 
acid

H2

Percentage 
of efficiency 
in water 
purification

85–98% 75–80% 98% 98–100%

Flexibility 
in variable 
operations

Medium Medium Low High

Energy use Low High Medium Low
Space 
requirements

Limited Limited High Low

Movable Yes Yes No Yes
Manageability Good Good Poor Good
Type of 
operations

Periodic 
regeneration

Continuous Continuous Continuous

Sensitivity to 
deactivation

Medium High High Medium

Automatic 
control

Simple Simple Complex Simple
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Technology

Property
Ion 
exchange

Reverse 
osmosis

Biological 
denitrification

Catalytic 
Reduction

Startup time Immediate Immediate Up to 1 month Immediate
Monitoring 
required

Little Little Intensive Intensive

Selectivity of 
the process

Low Low High High

Odors No No Yes No
Noise Some High None None
Indicative 
cost (€/m3)

0.15–0.25 0.4–0.6 0.2–0.3 0.25–0.55

Sensitivity of 
costs to scale-
down

Medium High High Low

Multipurpose 
use

None Depending 
on 
molecular 
size

Some Highly 
effective

Source: Adapted from Ref. [19].

Figure 10.1 Nitrate reduction mechanism by supported bimetallic catalysts. 
Reprinted from Ref. [20], Copyright 2016, with permission from Elsevier.
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	 The aforementioned steps show that hydroxyl ions are constantly 
generated during catalytic reduction of nitrate, which may increase 
the system pH if proper buffering is not used. An increase in pH 
could have strong influence on the reactivity and selectivity of the 
bimetallic catalyst because hydroxyl ions adsorb on the catalyst 
surface and affect nitrate adsorption due to coulombic repulsion 
[13]. An increase in the system pH during nitrate reduction could 
also enhance the formation of ammonium and ultimately suppress 
nitrogen selectivity [14, 22, 23]. However, the use of a proper 
buffering agent to neutralize the increase in pH enhances the 
nitrate reduction kinetics and nitrogen selectivity. For example, use 
of carbon dioxide gas has been reported as an ideal buffer system, 
which could suppress ammonium selectivity [5, 13, 20, 21].
	 As discussed above and shown in Fig. 10.1, bimetallic catalysts 
consists of three major parts, i.e. promoter metal, noble metal, 
and support surface. The selection of optimal promoter–noble 
metal combination and their content ratio is achieved through 
optimization tests. In this regard, combination of Cu and Pd has been 
observed as most reactive and selective for nitrate reduction [5, 13, 
21]. In general, bimetallic catalyst are composed 1–5% of promoter 
and noble metals and 95~99% support material.
	 The support material provides a suitable surface for anchoring 
the equally distributed bimetallic ensembles and separates the 
solid bimetallic catalysts from aqueous phase. It is obvious that the 
reaction kinetics and selectivity of catalytic nitrate reduction could 
be strongly influenced by the inherent properties of the support 
material because it is a major part of the catalyst. This is the reason 
why many bimetallic catalysts supported materials have been 
reported to date, for example, alumina [17, 24–26], zirconia [27], 
ceria, [17, 28], silica [29], zeolites [30], titania [31], activated carbon 
[32, 33], niobia [34], hydrotalcite [35], polymers [36–38], zerovalent 
iron [21, 22], hematite [5], and maghemite [13]. However, many 
important factors can influence the selection of a suitable support 
material, i.e., stability, ecotoxicity, by-products, leaching of bimetals, 
economy, and suitability for actual applications. Preferably, the use of 
an environmental friendly, economical, and stable support material 
is desired due to strict environmental regulations and overall cost of 
the catalytic process.
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	 Iron is one of the most abundant elements on earth. It has 
unique properties because it is found in many oxidation states 
ranging from −2 to +6. However, its most abundant form is +2 and 
+3. Certain species of iron (e.g., zerovalent ion and iron oxides) 
have been extensively studied for environmental applications due 
to their economic aspects [39–41]. In the case of catalytic nitrate 
reduction, iron-based materials are excellent support surfaces for 
the development of bimetallic catalysts because they are economical, 
eco-friendly, stable, easily separable due to their magnetic properties, 
and easy to handle as compared to other materials mentioned above. 
This chapter discusses the usage of three iron species, i.e., nano-
scale zerovalent iron (nZVI), maghemite, and hematite as support 
materials for the bimetallic catalyst for the catalytic reduction of 
nitrate.

10.2 �Nitrate Reduction by Iron-Materials-
Supported Bimetallic Catalysts

10.2.1 �Nitrate Reduction by nZVI and nZVI-Supported 
Monometallic Catalysts

nZVI is one of the most widely used iron materials for diverse 
environmental applications in environmental engineering and 
technology field. It has been used as a reducing agent for in situ and 
ex situ remediation and even bench-scale studies for the reductive 
treatment of halogenated organic compounds, dyes, heavy metals, 
pesticides, and nitrates [42–45]. The suitability of nZVI for the 
remediation of diverse contaminants comes from its high reduction 
capacity, production of H2 during its anaerobic corrosion in water 
(Eq. 10.6), low cost, easy operation, and magnetic properties [46, 
47]. nZVI has shown high reduction kinetics and efficiency for the 
enhanced removal of aqueous nitrates [48–52]. It is well established 
that reduction of nitrate by nZVI produces undesirable ammonium 
as the major by-product [53–55], while nitrite and nitrogen as the 
minor by-products as shown in the following Eqs. (10.7–10.9) [53].

	 Fe0 + 2H2O → Fe2+ + H2 + 2OH−	 (10.6)

Nitrate Reduction by Iron-Materials-Supported Bimetallic Catalysts
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	 5Fe0 + 2NO3
− + 6H2O → 5Fe2+ + N2 + 12OH−	 (10.7)

	 4Fe0 + NO3
− + 7H2O → 4Fe2+ + NH4

+ + 10OH−	 (10.8)

	 Fe0 + NO3
− + H2O → Fe2+ + NO2

− + 2OH−	 (10.9)

	 The above equations show that nZVI oxidizes rapidly during 
nitrate reduction regardless of the final product of the reaction 
implying that it is an irreversible catalytic reaction. These critical  
disadvantages, i.e., sudden decrease in reactivity, production of am-
monia, rapid oxidation of nZVI, and agglomeration, have weakened 
the chances of nZVI as an acceptable and feasible environmental cat-
alyst [53]. Hence, many efforts were made to improve the selectivity 
to eco-friendly nitrogen by suppressing production of ammonium 
using the addition of less precious secondary metals (i.e., nZVI–M, 
M = Cu, Ni, Ag, etc.) [46, 54, 55]. In particular, Cu addition has shown 
more promising results as compared to those by Ni, Ag, etc. [45, 53, 
56]. In nZVI–Cu combination, the nZVI acts as a reducing agent for 
Cu by direct electron transfer from nZVI core (Eq. 10.10).

	 Fe0 + Cu2+ → Fe2+ + Cu0	 (10.10)

	 In this mechanism, the zerovalent Cu acts as a catalyst for 
enhanced nitrate reduction kinetics and improved nitrogen 
selectivity [46, 55]. Additionally, the nZVI–Cu combination enhances 
the nitrate reduction because the agglomeration of nZVI particles 
is inhibited by secondary metal; thus more active surface area is 
exposed to nitrate, and accelerated adsorption and reduction of 
nitrate on the secondary metal [20, 53, 56]. However, in this case, the 
longevity of nZVI–Cu is also affected due to its accelerated oxidation 
by enhanced electron transfer. In nZVI–M combination, the nitrate 
reduction is driven only by redox reactions of two metals (i.e., Fe0 
→ Fe2+ and Cu2+ → Cu0 → Cu2+). Other disadvantage of this reaction 
mechanism is that less precious metals such as Cu cannot benefit 
from H2 produced during nZVI reaction with water, because they lack 
in H2 activation capacity. Hence, addition of trace amounts of noble 
metals (e.g., Pd, Pt) has been also investigated for the contaminant 
hydrogenation due to their profound ability of adsorption and 
activation of H2 [21, 46, 49, 53]. The stability of nZVI improved when 
Pd was added to nZVI; however, the nitrate reduction efficiencies by 
nZVI–Pd and nZVI–Pt were lower than that of nZVI–Cu, perhaps due 
to higher affinity of nitrate toward Cu as compared to that of Pd and 
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Pt [21, 46, 49]. In addition, H activated by Pd cannot reduce nitrate 
directly [46].
	 The other important effect of second metal addition to nZVI is 
the variation in end products, i.e., ammonium, nitrite, and nitrogen. 
As mentioned above, ammonium is the main by-product (~80–
100%) in nitrate reduction by nZVI; however, addition of Cu to 
nZVI suppresses the ammonium production but enhances nitrite 
production (Eq. 10.11) [21, 46, 53]. nZVI and Cu surface lacks in 
adsorption and/or reduction affinity toward nitrite; therefore, 
nitrite accumulates in the aqueous phase [21, 53].

	 Cu0 + NO3
− → CuO + NO2

−	 (10.11)

10.2.2 �Nitrate Reduction by nZVI–Cu–Pd Catalysts in 
Batch Test

The reactivity, selectivity, and stability of nZVI and monometallic 
nZVI–Cu, nZVI–Pd are not satisfactory as discussed in the previous 
section. Because of the remarkable catalytic properties of respective 
materials, i.e., Cu (higher nitrate affinity) and Pd (enhanced H2 
activation capacity), nZVI (strong reduction capacity and H2 
production) could be utilized as environmental catalyst by coating it 
with Cu and Pd to enhance the reactivity and stability for the nitrate 
reduction. Researchers have investigated nitrate reduction by 
nZVI-supported bimetallic Cu–Pd [21, 46, 53]. It has been reported 
that nZVI-supported Cu–Pd showed elevated nitrogen selectivity. 
Interestingly, nitrate removal was less than that by nZVI–Cu and 
nZVI, respectively. It was reported that addition of Pd and Cu together 
occupy the active surface area of nZVI; thus nitrate reduction and 
H2 production are suppressed. Second, there is an electron loss 
from nZVI to Pd due to the formation of zerovalent Pd. Zerovalent 
Pd does not support nitrate reduction directly but only activates H2. 
However, the addition of Pd enhances nitrogen selectivity [46, 53]. 
The nitrogen production comes from nitrite reduction route in the 
presence of Pd. In the first step, H2 is activated by Pd (Eq. 10.12) [20]. 
Hads-Pd possesses strong affinity and reduction tendency toward 
nitrite and quickly reduces it to nitrogen (Eq. 10.13) or ammonium 
(Eq. 10.14).

	 H2 + Pd → 2Hads-Pd	 (10.12)

Nitrate Reduction by Iron-Materials-Supported Bimetallic Catalysts
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	 2NO2
− + 6Hads-Pd → Pd + N2 + 2OH− + 2H2O	 (10.13)

	 NO2
− + 6Hads-Pd → Pd + NH4

+ + 2OH−	 (10.14)

	 Nitrogen selectivity during the nitrate reduction is enhanced to 
some extent when Cu–Pd is added to nZVI surface [21]. However, 
this could be further improved by augmenting H2 supply from 
external source. It was reported that provision of additional H2 
source enhances nitrate removal, kinetics, and nitrogen selectivity 
by twofold [46]. An enhanced stability of nZVI–Cu–Pd was also 
reported during the reduction of nitrate over five cycles by Bae et al. 
[46].

10.2.3 �Nitrate Reduction by nZVI–Cu–Pd in Continuous 
Flow

nZVI and nZVI–Cu–Pd could achieve complete nitrate removal 
in batch experiments. However, batch tests cannot give much 
information about the longevity of nZVI and its stability due to high 
reactivity for a limited amount of batch concentration of nitrate. 
Hamid et a. [21] investigated the stability, nitrate removal, and by-
product selectivity of nZVI and nZVI-supported Cu–Pd bimetallic 
catalysts and reported that catalytic behavior of nZVI and nZVI–
Cu–Pd catalysts in continuous mode is different from that of nZVI 
and nZVI–Cu–Pd in batch system. The key findings are given in 
Fig. 10.2. nZVI achieved about 80% removal in one bed volume  
(1 h continuous flow reaction), but gradually lost its reactivity. TEM 
images (Fig. 10.3) show that round-shaped nZVI particles changed 
to squared-shaped iron oxide particles during nitrate reduction due 
to oxidation, although anaerobic conditions were well maintained. 
Similar results were observed for the individual addition of H2, Cu, 
Pd, and Cu–Pd, i.e., nZVI+H2, nZVI–Cu, nZVI–Pd, and nZVI–Cu–Pd. 
These results showed that addition of H2 to nZVI alone does not affect 
general reaction mechanism of nitrate reduction by nZVI. These 
results also indicate that addition of Cu and Pd could not enhance 
the stability of nZVI in continuous system. However, there was a 
significant improvement in stability when nZVI–Pd was supplied 
with H2 (Fig. 10.2). nZVI–Pd+H2 successfully reduced ~90% influent 
nitrate for 3-bed volumes while nZVI–Pd without H2 could not. This 
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enhanced stability could be due to H2 activation by Pd, which could 
also reduce iron oxide to Fe0 and thus inhibits the rapid passivation 
of nZVI [21]. The nitrate reduction stability was further enhanced 
by the nZVI–Cu–Pd+H2 system, which showed a complete nitrate 
removal for more than 9-bed volumes (9 h of continuous operation). 
This was attributed to the augmented effect of Cu, H2, and Pd, which 
only works when all three are supplied together. The detailed 
mechanism of nitrate reduction is depicted in Fig. 10.4, which shows 
that nitrate is reduced in two pathways, i.e., directly on nZVI surface, 
which is mostly converted to ammonium as described in Eq. 10.8. 
Second, nitrate is adsorbed on Cu0 surface and reduced to nitrite 
(Eq. 10.11). During these processes, Cu0 is oxidized to CuO. Nitrite 
is desorbed from Cu to bulk aqueous phase and then adsorbed on 
the surface of Pd and reduced by Pd-Hads to nitrogen (Eq. 10.13) or 
ammonium (Eq. 10.14).
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Figure 10.2 Effect of Cu, Pd, and H2 addition on nitrate reduction and process 
stability. Reprinted with permission from Ref. [21]. Copyright 2015 American 
Chemical Society.
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	 The nitrogen selectivity in this study was ~48%, which shows 
that a considerable amount of the nitrite is reduced to nitrogen on 
Cu–Pd ensembles. Pd continuously activates the H2, which not only 
rejuvenates CuO to Cu0 but also inhibits the passivation of nZVI. 
Thus, a sustainable and selective nitrate reduction could be achieved 
by nZVI–Cu–Pd in the presence of H2 supply.

Figure 10.3 TEM images of nZVI (a) before and (b) after nitrate reduction in a 
continuous flow system.

Figure 10.4 Nitrate reduction mechanism by nZVI–Cu–Pd in the presence of 
H2.
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10.3 �Nitrate Reduction by Iron-Oxides-
Supported Cu–Pd Bimetallic Catalysts

Maghemite has been reported as an eco-friendly nano-magnet and 
environmentally benign material [13, 39]. It is an abundant and 
stable material with super-magnetic properties [41]. Jung et al. [13] 
developed an eco-friendly and selective Cu–Pd bimetallic catalyst 
supported by maghemite. They investigated the reaction mechanism 
with the help of several verification tools (i.e., TEM, XRD, XPS, TPR) 
and found that maghemite surface provides excellent environment 
for a uniform and closely packed distribution of Cu and Pd. It was 
reported that maghemite is not reduced by NaBH4 or H2 during the 
experimental process, indicating that it has a very stable surface 
[13].
	 Explaining the reaction mechanism, it has been also reported 
that unlike nZVI, maghemite does not support nitrate removal by 
adsorption and reduction, i.e., the bimetallic catalysis is the main 
removal mechanism as depicted in Fig. 10.1. Maghemite-supported 
Cu–Pd bimetallic catalyst achieved complete nitrate removal with 
faster reduction kinetics than that by Cu–Pd bimetallic catalyst 
supported by alumina and titania [13]. This was attributed to lower 
pore volume of the maghemite as compared to that of alumina and 
titania. The Cu–Pd maghemite also achieved about 47% nitrogen 
selectivity at optimal conditions. Maghemite-supported Cu–Pd 
also achieved a sustainable nitrate removal during three repeated 
removal cycles [13].
	 Hematite is another eco-friendly and abundant iron oxide used in 
several environmental applications [57, 58]. Jung et al. [5] reported a 
successful use of hematite as a support material for the development 
of a reactive and selective Cu–Pd bimetallic catalyst. Hematite-
supported Cu–Pd achieved a complete and accelerated nitrate 
removal in 90 min with ~71% nitrogen selectivity. The hematite 
Cu–Pd has a higher turnover frequency (TOF) as compared to Cu–Pd 
bimetallic catalysts supported by silica, cerium oxide, and alumina, 
showing that it had highest active sites for nitrate reduction [5]. 
The effect of surface charge on nitrate reduction was also reported 
by measuring point of zero charge. It was reported that surface of 
hematite-supported Cu–Pd could be positively charged in contrast 
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to that of alumina-, silica-, and cerium-oxide-supported bimetallic 
catalysts [5]. Thus, it can provide more favorable environment for 
nitrate adsorption. However, hematite support was inert itself during 
nitrate reduction and it did not remove any nitrate via adsorption 
and reduction [5].

10.4 �Effect of Cu, Pd, and H2 Variation on 
By-product Selectivity in Iron-Materials-
Supported Bimetallic Catalyst Systems

Nitrate reduction and stability of bimetallic catalysts supported by 
iron materials (i.e., hematite, maghemite, and nZVI) are considerably 
enhanced when Cu, Pd, and H2 are provided together [5, 13, 21]. 
However, the selectivity of by-products, i.e., nitrite, nitrogen, and 
ammonium is also dependent on their relative concentrations. A 
systematic comparison of experimental factors affecting the product 
selectivity and their expected trends are shown in Table 10.2. Nitrite 
selectivity in the presence of Cu0 promotes nitrate reduction in 
bimetallic catalyst. An increase in Cu content to a certain maximum 
level enhances nitrate reduction and nitrite production kinetics [21, 
46, 53]. However, beyond a certain maximum limit, nitrate reduction 
kinetics decreases due to overlapping and deposition of Cu on Pd-
active sites [13].
	 On the other hand, an increase in Pd loading enhances nitrate 
reduction kinetics, while it lowers nitrite selectivity. This is because 
an increase in Pd enhances activated Hads-Pd by consuming more 
H2. An enhanced supply of Hads-Pd in the system enhances nitrite 
reduction kinetics (Eq. 10.13). In addition to this, it also results in 
accelerated spillover of Hads from Pd-Hads to CuO surface, which 
ultimately, accelerates rejuvenation of CuO to Cu0. An increase in 
H2 supply enhances both nitrate reduction kinetics and ammonium 
selectivity, and it suppresses the selectivities of nitrite and nitrogen. 
The enhancement of nitrate reduction kinetics and suppression of 
nitrite selectivity is due to the excessive activation of Hads as explained 
above. An increase in Hads enhances the chances of recombination 
of N–H to form more ammonium as compared to recombination of 
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N–N to form nitrogen. This is the reason why nitrogen selectivity is 
suppressed with the increase in H2 supply. A brief overview of the 
effects of Cu, Pd, and H2 on by-products selectivity is given in Table 
10.2.

Table 10.2	 Effect of increase in Cu, Pd, and H2 on the formation of various 
by-products and Cu0 in iron-materials-supported Cu–Pd bimetallic 
systems

Factor Condition

Trends

Nitrate 
reduction 
kinetics

Nitrite 
selectivity

Ammonium 
selectivity

Nitrogen 
selectivity Cu0

Cu Increase *Volcanic 
shape 
trend

Increase Decrease *Volcanic 
shape 
trend

Decrease

Pd Increase Increase Decrease Increase *Volcanic 
shape 
trend

Increase

H2 Increase Increase Decrease Increase *Volcanic 
shape 
trend

Increase

*The values increase to a certain maximum level with increase in the assigned factor 
but then decrease with further increase in the assigned factor.

	 It should be noted that there is no absolute optimal ratio for Cu/
Pd and H2 supply. The optimal ratio is different for different support 
surfaces and experimental conditions, which can be adjusted based 
on individual experimental design as shown in Table 10.3.
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11.1 Introduction

Environmental pollution shows high impact on human health by 
disrupting the respiratory, cardiovascular, and neurological systems 
and destroys the nature on which we are dependent for survival [1]. 
Therefore, environmental remediation is imperative. Among many 
contemporary remediation technologies that have been developed, 
nanotechnology has emerged to be one of the most powerful 

Chapter 11

Iron or Iron-Based Bimetallic 
Nanoparticle-Immobilized Electrospun 
Polymer Nanofibers for Environmental 
Remediation Applications

Iron Nanomaterials for Water and Soil Treatment
Edited by Marta I. Litter, Natalia Quici, and Martín Meichtry
Copyright © 2018 Pan Stanford Publishing Pte. Ltd.
ISBN 978-981-4774-67-3 (Hardcover), 978-981-4669-49-8 (eBook)
www.panstanford.com

Shili Xiaoa and Xiangyang Shib
aSchool of Textile Science and Engineering, Wuhan Textile University, Wuhan, Hubei, 
430073, People’s Republic of China
bState Key Laboratory for Modification of Chemical Fibers and Polymer Materials, 
College of Chemistry, Chemical Engineering and Biotechnology, Donghua University, 
Shanghai, 201620, People’s Republic of China
xshi@dhu.edu.cn

www.panstanford.com
mailto:xshi@dhu.edu.cn


258 Iron or Iron-Based Bimetallic Nanoparticle-Immobilized Electrospun Polymer Nanofibers

techniques for groundwater and contaminated soil treatment, 
which has brought a new aspect into scientific discipline and 
technology divisions due to the super-functional properties of these 
materials [1, 2]. In particular, zerovalent iron nanoparticles (nZVI) 
have received tremendous scientific and technological interest as 
one of the most effective nanomaterials used for environmental 
remediation purposes.
	 Due to its large specific area and strong reducing potential, nZVI 
have been widely used in the dechlorination of chlorinated organic 
contaminants such as trichloroethylene (TCE) and polychlorinated 
biphenyls (PCBs) [3], in the sequestration of toxic metalloid and 
metal ions such as As(V) and Cr(VI) [4, 5], in the degradation of 
nuclear wastes, explosives, and herbicides, and in the decoloration 
of dye effluents from the textile industry [6–8]. However, nZVI 
developed using various methods [9–11] are prone to agglomeration 
during the process of contaminant degradation and their transport 
process in the subsurface environment, which often leads to a 
reduced reactivity for contaminant removal, thus limiting their 
environmental applications. To mitigate the agglomeration of nZVI 
and thus improve their transport and delivery capacity through 
porous media, some polymeric surfactants [e.g., poly(vinyl alcohol-
co-vinyl) acetate-co-itaconic acid] and stabilizers such as poly(acrylic 
acid), starch, and polyglycol, etc., have been used to immobilize 
the nanoparticles (NPs) onto microsized particles without 
compromising the surface reactivity of nZVI [12–14]. In this case, 
the produced nZVI was more dispersible and stable. Nevertheless, 
the stabilized nZVI are difficult to be recycled once they are used to 
treat contaminants in aqueous environment. Although immobilizing 
nZVI onto solid supports such as polymeric membranes and 
activated carbon to avoid secondary water contamination could be 
an additional option, these solid supports have low specific surface 
area, which could significantly affect the reactivity of nZVI. Therefore, 
immobilizing nZVI onto a continuous medium with a high surface-
area-to-volume ratio and good porosity is anticipated to meet the 
requirements for environmental remediation applications. Most 
recently, polymer nanofibrous mats for environmental application 
have witnessed a growing interest [15]. These nanofibrous mats 
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have low weight and high porosity, thus offering high permeability, 
as well as small pore size, making them suitable for microfiltration 
applications. Moreover, their very high aspect ratio and flexible 
surface functionality of polymer nanofibers make them an excellent 
absorption medium for the removal of contaminants [16, 17]. In 
particular, the polymer nanofibrous mats are easy to be separated 
from the aqueous environment without introducing secondary 
contamination. To fabricate polymeric nanofibers, a series of 
processing techniques such as template synthesis [18], self-
assembly [19], centrifugal spinning [20], and electrospinning have 
been developed. Among these methods, electrospinning has drawn 
special attention as a promising and straightforward technology that 
produces continuous fibers with diameters in the range from tens of 
nanometers to several micrometers.
	 Through electrospinning, various synthetic and natural 
polymeric nanofibers with a high aspect ratio and a high specific 
surface area have been produced in the past two decades. In 
addition, these nanofibers could be functionalized by surface 
modification or by incorporating with functional additives such 
as bioactive molecules, semiconductors, catalyst NPs or sensing 
agents, which made them find a wide potential applications in tissue 
engineering [21], electrochemical energy storage [22], antibacterial 
membranes [23, 24], and environmental remediation [25]. In this 
chapter, we review the recent progress toward the development of 
electrospun polymer/iron or iron-based bimetallic NP composites 
for environmental remediation applications.

11.2 �Iron and Iron-Based Bimetallic 
Nanoparticles for Environmental 
Remediation

The synthesis and application of nZVI was firstly reported by W. 
Zhang in 1997 [26]. Since then, much effort has been devoted to the 
synthesis of nanoscale iron, modification of the NP surface property, 
and enhancement of the efficiency for field delivery and reactions, 
which has been summarized in some reviews [1, 2, 11, 27–29].

Iron and Iron-Based Bimetallic Nanoparticles for Environmental Remediation
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11.2.1 �Characterization of Iron and Iron-Based 
Bimetallic NPs

As the most abundant transition metal, iron typically exists in 
the environment as Fe(II) and Fe(III) oxides. Therefore, ZVI is a 
manufactured material. Commonly, nZVI are prepared by reducing 
Fe(II) or Fe(III) ions in aqueous solution using sodium borohydride 
(Eq. 11.1) due to its relative simplicity, which can be done in almost 
any wet chemistry lab with the need of only two common reagents. 
The synthesized nZVI exhibit a typical core–shell structure, shown 
in Fig. 11.1a. However, most particles formed chain-like aggregates 
when nZVI were synthesized without any surfactants or stabilizers 
(Fig. 1.1b). The core consists primarily of zerovalent or metallic iron, 
while the mixed valent (i.e., Fe(II) and Fe(III)) oxide shell is formed 
as a result of oxidation of the metallic iron [27]. The composition 
of nZVI was confirmed by X-ray diffraction (Fig. 11.1c) [28]. Thus, 
during the contamination treatment process, the ZVI core provides 
the reducing power for reactions with environmental contaminants. 
And the shell provides sites for chemical complex formation (e.g., 
chemosorption). In order to increase the degradation rates of 
nZVI to certain environmental pollutants that are retarded by the 
oxidation of nZVI surface, bimetallic iron NPs, in which a second and 
less reactive metal such as Pb, Ni, Pt, Zn, Cu, or Ag is introduced. In 
this system, iron-based bimetallic NPs are commonly synthesized by 
soaking the freshly prepared nZVI in a solution of the second metal 
salt or simultaneous reduction (co-reduction) of iron and additive 
metal precursors by sodium borohydride in one reaction pot [30]. 
It is reported that the second noble metal promotes iron oxidation 
and may act as a catalyst for electron transfer and hydrogenation. A 
series of studies have demonstrated that bimetallic iron NPs such as 
Pb/Fe, Zn/Fe, Cu/Fe, Ni/Fe, Ag/Fe, etc. can achieve significant high 
degradation rates and reduce the formation of toxic by-products [30–
34]. For instance, Yu et al. [34] uniquely used pulsed laser ablation 
method in liquid to prepare iron@graphite/palladium bimetallic 
NPs (Fe@C/Pd) for enhanced dechlorination of m-dichlorobenzene 
(m-DCB). They reported that the Fe@C/Pd showed excellent 
dechlorination efficiency for m-DCB with 100% degradation within 
75 min. The graphitic layer on the Fe NPs played roles not only as 
an oxidation resistant for the Fe NPs to surroundings, but also as a 
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supporter of the Pb NPs. Gautam [33] synthesized Fe/Zn bimetallic 
NPs via a coprecipitation method for the adsorptive removal of 
carcinogenic dye malachite green and Congo red. In another study, 
Gao [31] systematically compared the degradation mechanism 
of microcystin-LR using ZVI and bimetallic Fe/Ni and Fe/Pd NPs. 
They demonstrated that bimetallic Fe/Ni and Fe/Pb NPs removed 
much more microcystin-LR than iron NPs due to the catalytic effect 
of Ni and Pb. Moreover, Fe/Pb displayed a faster degradation rate 
because of the better catalytic property of Pb than Ni. Moreover, 
other synthesis methods such as solution deposition process 
(SDP), hydrogen reduction process (HRP), hydrogen reduction of 
ferrihydrite co-precipitated with the metal cations (HRCO), and 
electroless plating and conventional displacement placing are also 
introduced to prepare the Fe-based bimetallic NPs [35, 36].

 4Fe3+ + 3BH4
– + 9H2O Æ 4Fe0 Ø + 3H2BO3

– + 12H+ + 6H2	 (11.1)

20	 25	 30	 35	 40	 45	 50
2q/ degree

FeO

(c)

50 nm 0.1 mm

(a) (b)

FeO

Fe

Figure 11.1 Characterization of ZVI nanoparticles. (a) TEM image of core–
shell structure of ZVI NP; (b) TEM image of chain-like aggregates of ZVI NPs; 
and (c) X-ray diffractogram of ZVI NPs. Reprinted from Ref. [28], Copyright 2006, 
with permission from Elsevier.

Iron and Iron-Based Bimetallic Nanoparticles for Environmental Remediation
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11.2.2 Surface Modification of Iron-Based NPs

Iron-based NPs are colloids in nature and exhibit a strong tendency 
to aggregate as well as adhere to the surfaces of natural materials 
such as soil and sediment due to their high surface energy, van der 
Waals and magnetic forces. In order to minimize the agglomera-
tion and thus produce more dispersible and stable nZVI, different 
methods have been developed, which can be categorized into the 
following two aspects: (1) Polymers have been commonly used 
to control the size and prevent the aggregation of metal NPs. In a 
study, a nontoxic, biodegradable polymeric surfactant poly(vinyl 
alcohol-co-vinyl acetate-co-itaconic acid) (PV3A) was employed 
as a dispersant to produce dispersible nZVI. The PV3A-stabilized 
nZVI had a relatively smaller mean size of 15.5 nm, whereas in the 
absence of PV3A, the formed nZVI had a mean size of 105.7 nm.  
Batch experiment demonstrated that there was no noticeable 
sedimentation or flocculation with PV3A-stabilized nZVI over 
6 months [37]. nZVI with different sizes can be synthesized by  
using carboxymethyl cellulose (CMC) as stabilizer to prevent the 
NPs from agglomeration through electrostatic stabilization [38]. 
Besides, several other polymers have also been employed to suc-
cessfully stabilize nZVI, such as poly(acrylic acid), starch, polygly-
col, polystyrene sulfonates, and polyvinyl pyrrolidone [10, 39–41].  
Among these, anionic polyelectrolytes are most effective because aq-
uifer materials at neutral pH are normally negatively charged [41, 
42]. (2) Although stable nZVI can be obtained after coating poly-
mers and surfactants, these dispersible nZVI are difficult to recycle 
once they are used to treat contaminants. To avoid secondary water 
contamination, immobilizing iron-based NPs onto solid supporters 
that can be easily separated from the contaminated water solution 
is another option. For instance, a tunable synthesis and immobiliza-
tion of nZVI into polyelectrolyte multilayers was reported [13]. In 
this study, poly(acrylic acid) (PAA)/polyallylamine hydrochloride 
(PAH) multilayers were assembled onto micrometer-sized particle 
surfaces through layer-by-layer self-assembly approach firstly. Then 
the polyelectrolyte multilayer-assembled microparticles were used 
to complex Fe(II) ions in aqueous solution through an electrostatic 
interaction with the carboxylic acid groups of PAA. Followed by an in 
situ chemical reduction, nZVI can be formed and immobilized onto 
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the microparticles. The synthesized nZVI displayed an excellent re-
activity for the dechlorination of trichloroethylene (TCE). Further, 
nanoporous polyacrylonitrile-based oxidized membrane was em-
ployed to immobilize nZVI via firm chelation and reduction reac-
tion, which effectively prevent the aggregation and release of nZVI 
[43]. The developed nZVI-immobilized membrane presented effec-
tive decoloration efficiency to both anionic methyl blue and cationic 
methylene blue. Recently, Yuan et al. [44] synthesized Fe/Ni bimetal-
lic NPs supported by commercial polystyrene cation exchange resin 
D072. Results showed that Fe/Ni-D072 with 4%wt of Ni/Fe loading 
possesses superior TCE dechlorination performance compared to 
Fe-D072 and Ni-D072. The leaching of Fe and Ni ions was far below 
the maximum level established by the US Environment Protection 
Agency and the Fe/Ni-D072 composite can be partially recovered 
[44]. Some other carriers or membranes such as mesoporous car-
bon [32], PAA/polyvinylidene fluoride (PVDF) membrane, and 
PEG/nylon membrane [45–47] have been also introduced to im-
mobilize Fe-based NPs. However, the solid supports reported in 
literature have low specific surface area, which could significantly 
affect the reactivity of nZVI. Therefore, developing continuous me-
dium with a high surface-area-to-volume ratio and good porosity is 
anticipated to meet the requirements for environmental remedia-
tion applications.

11.3 Electrospinning Technology

The electrospinning technique was patented by Formhals in 1934 
[48], wherein an experimental setup was outlined for the production 
of polymer filaments with the diameters ranging from 0.01 to 10 
mm. The electrospinning technique can be considered as a variant 
of the electrospraying process, in which electrostatic force is used 
to supplement or replace conventional mechanical forces. However, 
electrospinning did not receive considerable attention until the early 
1990s. Since Reneker et al. [49] used the electrospinning technology 
to successfully produce small-diameter, continuous filaments, the 
technology gained more attention and increasing efforts have been 
devoted to the fabrication of various nanofibers, the mechanism of 
nanofiber formation, the factors affecting the nanofiber morphology, 

Electrospinning Technology
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and the functionalization and application of electrospun nanofibers 
[15, 49–51].
	 A typical electrospinning setup mainly consists of three 
components: a high-voltage supplier, a capillary tube with a spinneret 
or needle of small diameter, and a grounded metal collector, as shown 
in Fig. 11.2a [50]. A high voltage is used to create an electrically 
charged jet of polymer solution or melt out of the spinneret and form 
an electrical field between the polymer solution and the collector. 
Under a sufficiently high electrical field, electrical force would 
overcome the surface tension of the polymer solution, deforming 
the pendent drop at the tip of the spinneret into a “Taylor cone” and 
resulting in the ejection of a thin jet. The charged jet undergoes a 
stable stretching first, then it starts bending (as shown in Fig. 11.2b 
[52]) and whipping randomly, leading to further stretching due to 
the combined effects of solvent evaporation and charge repulsion. 
This unstable jet is ultimately solidified and deposited onto the 
collector in a randomly oriented non-woven structure.

Figure 11.2 (a) Schematic diagram showing a laboratory setup of 
electrospinning; (b) photograph of typical electrospinning jets captured by a 
high-speed video showing the bending instability of the jet. Reprinted from 
Refs. [50 and 52], Copyright 2007, with permission from Elsevier.

	 The formation and physical properties (such as diameter, 
shape, and surface morphology) of nanofibers can be influenced 
by a number of parameters, which can be grouped as follows:  
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(1) the intrinsic properties of the polymer solution, such as 
molecular weight and molecular weight distribution of the polymer, 
the conformation of polymer chains; (2) solution property, for 
example, types of solvents, viscosity (depending on the polymer 
concentration and intermolecular force), surface tension, and electric 
conductivity; (3) the operational conditions, such as the intensity of 
the electrical field, the feeding rate of the polymer solution, and the 
distance between the spinneret and collector; (4) the environmental 
conditions, such as the humidity and temperature. By appropriately 
varying one or more of the above parameters, nanofibers can be 
successfully electrospun from a rich variety of materials, including 
natural and synthetic polymers, biopolymers (e.g., protein and 
DNA), ceramics, and some small molecules such as phospholipids. 
The electrospun nanofibers or nanostructured materials have 
been widely used as tissue engineering scaffolds, optical sensors, 
catalysts, protective clothing, drug-delivery systems, and wound 
dressing, because of their superior properties such as high aspect 
ratio, large specific surface area, and high porosity and stability 
in liquid media [25, 53–55]. Especially, the fully interconnected 
open pore structures and controllable pore size distribution of 
nanofibrous mats make them good alternatives in water filtration. 
Currently, electrospun nanofibrous mats for wastewater purification 
are under extensive investigations.

11.4 �Synthesis of Electrospun Iron or Iron-
Based Bimetallic NP/Polymer Composite

Considering the limitations of iron or iron-based NPs during the 
treatment of contaminants and the advantages of electrospun 
nanofibers, Xiao et al. [56] creatively immobilized iron NPs into 
electrospun nanofibers to fabricate a “nano in nano” structural 
composite. In this study, PAA was introduced to complex ferric ions 
for the in situ formation of iron NPs into nanofibers. Briefly, aqueous 
solutions of PVA and PAA were mixed to have a mass ratio of 1:1 at a 
constant total polymer concentration (12%), where the 1:1 mass ratio 
was proven to achieve the highest viscosity of the mixture solution. 
Then PAA/PVA nanofibers were obtained by electrospinning PAA/
PVA mixture solution. The freshly prepared PAA/PVA nanofibrous 

Synthesis of Electrospun Iron or Iron-Based Bimetallic NP/Polymer Composite
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mats were crosslinked upon heat treatment at 145°C for 30 min. 
Subsequently, the nanofibrous mats were immersed into an aqueous 
solution of ferric trichloride for 3 h to allow ferric cations to complex 
with available free carboxyl groups on PAA through ion exchange, 
followed by rinsing with water for three times. Sodium borohydride 
solution was dropped onto the Fe(III)-containing fibrous mat to 
form nZVI-immobilized nanofibrous mats (Fig. 11.3). It showed that 
the iron NP-immobilized PAA/PVA nanofibrous mats possessed a 
three-dimensional porous structure, where the iron NPs were well 
distributed in the PAA/PVA nanofibers with a mean diameter of 
1.6 nm and the immobilized iron NPs did not significantly change 
the morphology of nanofibers (Fig. 11.4). Importantly, the iron NP-
immobilized nanofibers displayed improved contaminants removal 
property compared to the nZVI, and the degradation efficiency 
of iron NP-immobilized nanofibers is dependent on the size and 
loading percentage of iron NPs within nanofibers [57]. Moreover, the 
iron NP-immobilized nanofibrous mats can be easily separated from 
contaminated water after the remediation process. By incorporating 
multiwalled carbon nanotubes, the iron NP-immobilized nanofibrous 
mats showed enhanced mechanical property [58].

ZVI NP-immobilized
PAA/PVA nanofiber

Fe (III) - complexed
PAA/PVA nanofiber

Crosslinked
PAA/PVA nanofiber

Crosslinking
145°C for 30 min

PAA/PVA nanofiber

PAA/PVA mixture

Electrospinning

ZVI NP

Soaking in the
Fe (III) ions solution

Reduction with
NaBH4 solution

wash wash

Figure 11.3 Schematic illustration of immobilizing ZVI NPs into PAA/PVA 
nanofibers. Reprinted with permission from Ref. [56]. Copyright 2009 American 
Chemical Society.
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Figure 11.4 (a) SEM and (b) TEM images of ZVI NP-immobilized PAA/PVA 
nanofibers. (c) Magnified TEM image of ZVI NPs. Reprinted with permission 
from Ref. [56]. Copyright 2009 American Chemical Society.

	 Further, combining the layer-by-layer self-assembly approach 
and electrospinning technology, a facile approach to synthesizing and 
immobilizing iron nanoparticles onto nanofibers was developed by 
Xiao et al. [59]. In this approach, negatively charged cellulose acetate 
(CA) nanofibers fabricated by electrospinning were assembled with 
multilayers of poly(diallyldimethylamonium chloride) (PDADMAC) 
and PAA through electrostatic layer-by-layer assembly. The formed 
PAA/PDADMAC multilayers onto CA nanofibers were then used 
as a nanoreactor to complex Fe(II) ions through the binding with 
free carboxyl groups of PAA for subsequent reductive formation of 
nZVI. The cross-sectional TEM images indicated that iron NPs were 
dispersed in the PAA/PDADMAC multilayer film deposited onto the 
CA nanofibers and had a relatively dense and uniform distribution. 
They showed that the produced hybrid nanofibrous mats containing 
iron NPs exhibited superior capability compared to nZVI to 
decolorize an organic dye acid fuchsin and the loading capacity of 
iron NPs could be tuned by changing the number of PAA/PDADMAC 
layers and the cycles of binding/reduction process. Increasing the 
number of binding/reduction cycles led to a slight bigger size of iron 
NPs, which is not beneficial for improving the reactivity of iron NPs.
	 It is known that placing a trace amount of metal catalyst onto 
nZVI can significantly improve their performance of reductive 
dechlorination. Ma et al. have synthesized Fe/Pd bimetallic NP-
immobilized nanofibrous mats for enhanced dechlorination of 
trichloroethylene [60]. Crosslinked PAA/PVA nanofibrous mats were 
first prepared and then dipped into an aqueous ferric trichloride 
solution for 3 h to allow ferric ions to complex with the available 
free PAA carboxyl groups through ionic exchange, followed by 
rinsing with water three times to remove non-complexed Fe(III) 
ions. nZVI immobilized in the PAA/PVA nanofibrous mats were 
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formed by reducing Fe(III) using sodium borohydride solution for 
30 min, followed by three times rinsing of water. The formed nZVI-
containing nanofibrous mats were then immersed into an acetone 
solution of palladium chloride for 1 h. The Fe/Pd NPs were formed 
by the deposition of Pd on the nZVI surfaces through the following 
reaction:

	 Pd2+ + Fe0 Æ Pd0 + Fe2+	 (11.2)

	 Cross-sectional TEM images of the Fe/Pd NP-immobilized 
nanofibrous mats showed that individual NPs with a relatively dense 
and uniform distribution along the cross section of nanofibers can be 
clearly observed. The mean diameter of the Fe/Pd NPs was estimated 
to be 2.8 ± 0.92 nm, bigger than the nZVI without deposition of 
metallic Pd as reported in literature [56]. This was presumably due 
to the replacement reaction that stimulates the Ostwald ripening of 
the particles. Nevertheless, the Fe/Pd NPs immobilized within PAA/
PVA nanofibers are much smaller than those prepared using a wet 
chemistry approach reported in the literature [46, 61]. Similarly, 
Fe/Ni NP-immobilized nanofibers were developed by Ma et al. [62], 
wherein the mean diameter of formed Fe/Ni NPs was 1.5 ± 0.3 nm.
	 As a widely used environmental remediation material, iron NPs 
own strong reductive activity to contaminants. By immobilizing iron 
NPs within polymer nanofibers to form “nano in nano” composite 
nanofibers, one can design a desired environmental remediation 
material that possesses many advantages such as improved 
contaminant removal capability, good mechanical property, easiness 
to be separated from contaminated water, and recyclability.

11.5 �Electrospun Iron or Iron-Based Bimetallic 
NP/Polymer Nanofibers for Environmental 
Remediation

11.5.1 Improved Contaminant Removal Capability

Due to the fact that iron NP powders aggregate easily during 
synthesis and environmental remediation application processes, 
iron NPs exhibit a decreased capability for contaminants removal. 
Immobilizing iron NPs into electrospun nanofibers by in situ 
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chemical reduction provides an effective way to mediate the 
problems mentioned above. The iron NP-immobilized electrospun 
nanofibrous mats show an improved contaminants removal 
capability [56, 57, 59, 60, 63]. A model contaminant, acid fuchsin dye 
(a common organic dye containing benzene rings in textile industry, 
which cannot be easily decomposed using traditional chemical and 
biological methods) decoloration experiment showed that iron 
NP-immobilized polymer nanofibrous mats were able to rapidly 
decolorize about 85% of the acid fuchsin without any additives at 
room temperature within 5 min (the content of iron NP-immobilized 
nanofibrous mat was 0.67 g/L). The red color of the acid fuchsin 
solution was suddenly decolorized after 5 min and then gradually 
faded within a time frame of 40 min (Fig. 11.5). When the exposure 
time was extended to 40 min, only gradual decoloration was observed, 
and the decoloration efficiency could reach up to 95.8%. The 
decoloration effect of the iron NP-immobilized polymer nanofibers 
is solely related to the reactive nature of iron NPs immobilized in the 
polymer nanofibers. When PAA/PVA nanofibrous mats without iron 
NP were exposed to the same acid fuchsin solution, no decoloration 
was observed. In sharp contrast, iron NP powder showed a much 
lower decoloration capability to acid fuchsin than those immobilized 
into polymer nanofibers. No sudden decoloration effect after 5 min 
was observed [56].
	 Besides acid fuchsin, iron NP-immobilized polymer nanofibrous 
mats also show superior capability in decoloration of other dyes 
in the textile wastewater, such as methyl blue and acridine orange, 
in degradation of TCE, and in the removal of copper(II) ions [58, 
64]. For instance, systematic copper ions removal experiments 
demonstrated that the uniform iron NPs immobilized into 
nanofibers offered high specific area of Fe0 that enable effective, high 
capacity, and strong sorption of Cu(II) ions via chemical reduction 
and deposition. Moreover, the incorporation of multiwalled carbon 
nanotubes (MWCNTs) into iron NP-immobilized nanofibers did not 
compromise the Cu(II) removal ability of nanofibrous mats. For 
the iron NP-immobilized PAA/PVA nanofibrous mats containing 
MWCNTs, the Cu(II) removal capability sharply increased with the 
contact time within the first 30 min, and then gradually approached 
equilibrium (75.3 mg/g) in approximately 60 min. Nevertheless, 
MWCNT-incorporated PAA/PVA nanofibrous mats exhibited much 
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lower Cu(II) ions removal capacity, with Cu(II) uptake rapidly 
reached 32.0 mg/g within the first 10 min and then leveled off as 
time elapsed. It is postulated that the sorption on the Fe-free mats 
was primarily driven by the complexation of Cu(II) ions with the 
free carboxyl groups in the PAA. This process involves the release 
of protons, and therefore it is pH-dependent. Whereas for the Fe-
containing fibrous mats, besides the free carboxyl groups available 
for Cu(II) complexation, Cu(II) can also be chemically reduced by Fe0 
and deposited on the iron NP surfaces to form an alloy, which might 
be the mechanism dominating the sorption on Fe-containing mats. 
This process is not pH-dependent [64].
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Figure 11.5 Photographs of the acid fuchsin solution treated with ZVI NP-
containing polymer nanofibrous mats (a) and ZVI NPs synthesized using 
literature method (c) at different time intervals. UV-Vis spectra of a solution 
of acid fuchsin (60 mg/L, 20 mL) in the presence of ZVI NP-containing polymer 
nanofibrous mats (b) and ZVI NPs synthesized using literature method (d) at a 
time interval of 0, 5, 10, 20, 30, and 40 min. Reprinted with permission from  
Ref. [56]. Copyright 2009 American Chemical Society.

	 In another study, Ma et al. prepared hybrid nanofibrous mats by 
immobilizing iron/palladium bimetallic NPs for dechlorination of 
trichloroethylene (TCE) [60]. Meanwhile, Fe/Pd colloidal NPs, nZVI 
(Fe)- immobilized nanofibrous mat and Pd-immobilized nanofibrous 
mat were synthesized for comparison. Upon exposure of the colloid 
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Fe/Pd NPs, nZVI-immobilized nanofibrous mats, and Fe/Pd NP-
immobilized nanofibrous mats to an aqueous solution of TCE (10 
mg/L), respectively, all the three systems were able to degrade TCE. 
During this experiment, the final Fe concentration was 0.7 g/L. The 
remaining fraction of TCE treated with colloid Fe/Pd NPs, nZVI- and 
Fe/Pd NP-immobilized nanofibrous mats was measured to be 0.41%, 
0.88%, and 0.38%, respectively, after 3.5 h. However, no significant 
dechlorination was obtained when Pd NP-immobilized nanofibrous 
mat was used; the remaining fraction of TCE was up to 93.04% 
under similar conditions. At low TCE concentration (10 mg/L), no 
significant difference in the dechlorination efficiency was observed 
using the above three different systems. However, when the initial 
TCE concentration increased, both nZVI-contained nanofibrous 
mats and Fe/Pd colloid NPs exhibited decreased dechlorination 
efficiency, whereas Fe/Pd NP-containing nanofibrous mats kept 
the highest dechlorination efficiency for all cases. At a high TCE 
concentration (100 mg/L), the dechlorination efficiency of Fe/Pd 
NP-immobilized nanofibrous mats was as high as 95.9%. In contrast, 
the dechlorination efficiencies of nZVI-immobilized mats and the 
colloidal Fe/Pd NPs were only 77.3% and 38.2%, respectively (Fig. 
11.6). The higher dechlorination efficiency of Fe/Pd NP-containing 
nanofibrous mats in comparison with Fe/Pd NPs proved that 
immobilizing Fe/Pd NPs into nanofibers could avoid the aggregation 
of colloidal Fe/Pd NPs during the remediation process, resulting 
in enhanced dechlorination efficiency [60]. Further, Ma et al. [62] 
developed Fe/Ni NP-immobilized nanofibrous mats through two 
different routes: (1) synthesis of Fe NPs followed by post-coating Ni 
on Fe NPs (referred to post-coated Fe/Ni NPs) and (2) co-reduction 
of nickel and iron precursors within the nanofibers (referred to 
co-reduced Fe/Ni NPs). Orange G and methyl blue decoloration 
experiments demonstrated that the co-reduced Fe/Ni-containing 
nanofibrous mats have much higher decoloration efficiency than 
the single iron NP-immobilized nanofibrous mats; whereas the 
mats containing post-coated Fe/Ni NPs have lower decoloration 
efficiency than the single iron NP-containing mats. In the presence 
of co-reduced Fe/Ni NP-containing nanofibrous mats, the orange 
color of orange G solution or the blue color of methyl blue solution 
faded quickly within 5–10 min and showed almost complete dye 
degradation after 40 min. In contrast, in the presence of the post-
coated Fe/Ni-containing nanofibrous mats, the color of orange G 
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or methyl blue solution faded slowly with the exposure time. The 
decoloration trend of nZVI-containing fiber mats is in-between 
the two types of the Fe/Ni NP-containing mats. The variation in 
decoloration of model dyes by the developed Fe/Ni NP-containing 
nanofibrous mats might be elucidated on the basis of combining 
modes of ZVI and Ni NPs. The close contact of Ni NPs with nZVI is 
able to afford an effective catalytic reaction at the nZVI surfaces [65], 
whereas the physical mixture of nZVI and Ni NPs can decrease the 
catalysis efficiency of Ni NPs [66]. Besides, insufficient or excessive 
coating of Ni may cause the formation of an Fe-rich surface or Ni-
rich surface, which lowers the catalytic efficiency of Ni or lowers the 
reactivity of nZVI, respectively [67]. Therefore, the post-coated Fe/
Ni NPs having a high amount of Ni coating on the surface of nZVI 
likely reduced the reactivity of ZVI core NPs, resulting in a lower 
decoloration efficiency than nZVI. Whereas, the co-reduced Fe/Ni 
NPs have a good balance of the nZVI reactivity and Ni NP catalytic 
activity, leading to a higher decoloration efficiency than nZVI.
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Figure 11.6 Removal efficiency of TCE by Fe/Pd colloid NPs, ZVI NP- and Fe/
Pd NP-containing nanofibrous mats with different initial TCE concentrations. 
The reaction time was 1.5 h. Reprinted from Ref. [60], Copyright 2012, with 
permission from Elsevier.

11.5.2 Enhanced Mechanical Properties

Mechanical properties of electrospun nanofibrous mats are of vital 
importance for their practical applications. Carbon nanotubes (CNTs) 
have received immense scientific and technological interest due to 
their unique hollow structure consisting of concentric graphene 
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cylinders, which impart CNTs with excellent mechanical properties, 
high electrical conductivity, good chemical stability, and thermal 
conductivity [68, 69]. In particular, CNTs have been considered as the 
ideal nanofillers for reinforcing electrospun polymer materials due 
to their excellent mechanical properties [70, 71]. In a recent study, 
Xiao et al. [58] prepared mechanically enhanced nZVI-immobilized 
nanofibrous mats by incorporating MWCNTs. As can be seen from 
Fig. 11.7, the mechanical properties of nanofibrous mats with nZVI 
immobilization were significantly enhanced after incorporating 1 
wt% MWCNTs. For the nanofibrous mats immobilized with nZVI, 
the mean tensile strength and Young’s modulus were 4.18 MPa and 
16.87 MPa, respectively. After incorporating MWCNTs, the mean 
tensile strength and Young’s modulus increased up to 5.50 MPa 
and 23.3 MPa, respectively, demonstrating that the incorporation of 
MWCNTs into nanofibers can significantly enhance the mechanical 
properties of the corresponding nanofibers. The enhancement may 
be ascribed to the alignment of CNTs in the PAA/PVA nanofibers.
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Figure 11.7 Typical stress–strain curves of ZVI NP-immobilized nanofibrous 
mats with and without MWCNTs. Reprinted from Ref. [58], Copyright 2010, with 
permission from the Royal Society of Chemistry.

11.5.3 �Recyclability and Easy Separation from 
Wastewater

For practical environmental remediation applications, the reusability 
and recyclability of the materials are of vital importance. The iron or 
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iron-based bimetallic NP-immobilized nanofibrous mats developed 
are reusable and recyclable [56, 58, 60]. After exposure to sodium 
borohydride aqueous solution for 10 min, the nanofibrous mats could 
be regenerated for further remediation process. The regenerated 
iron-containing nanofibrous mats exhibited similar performance in 
the repeated contaminant removal experiments to that of the freshly 
prepared mats [56, 58, 60]. For instance, nZVI-immobilized PAA/PVA 
nanofibrous mats performed well in the decoloration of acid fuchsin 
and methyl blue; the decoloration efficiencies of acid fuchsin and 
methyl blue were 85% and 91%, respectively, after three cycles of 
remediation process [56, 58]. Moreover, the dechlorination efficiency 
of Fe/Pd NP-containing nanofibrous mats could reach up to 90% in 
the fourth dechlorination experiment after being regenerated with 
NaBH4 [60]. In addition, the practical environmental remediation 
application of NPs often requires the NPs to be easily recyclable after 
the remediation process, instead of leaving the particles dispersed 
in water to generate secondary contamination. It has been reported 
that the nZVI- and Fe/Pd bimetallic NP-immobilized nanofibrous 
mats can be easily separated from the contaminated water by simply 
taking out of nanofibrous mats. The iron and Fe/Pd bimetallic NPs 
are quite stable and do not escape from the fibrous mats during the 
remediation process. Inductively coupled plasma atomic emission 
spectroscopy studies show that no iron or Pd is released from the 
nanofibrous mats even if the nanofibrous mats are exposed to water 
for a month [56, 60].

11.6 Conclusions and Outlook

In summary, this chapter reviews the electrospun iron or iron-based 
bimetallic NP-immobilized nanofibrous mats for environmental 
remediation applications. The immobilization of iron NPs within 
polymer nanofibers does not compromise the reductive activity 
of iron NPs to contaminants; it instead avoids their agglomeration 
during the contaminant treatment in aqueous environment and 
significantly improves their contaminants removal rate due to their 
uniform distribution in the nanofibers. The developed “nano in nano” 
composite remains a porous three-dimensional fibrous structure 
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with a high surface area, which is beneficial for the capture of 
contaminants and subsequent degradation by iron NPs. In addition, 
the composite functionalized with iron NPs or iron-based bimetallic 
NPs has considerable mechanical properties and is easily separated 
from the contaminated water and reusable, without introducing 
secondary contamination. Therefore, the developed electrospun 
composite nanofibrous mats containing iron NPs may be used as a 
novel nanofiltration material.
	 The research area of electrospun iron/polymer composite 
nanofiber-based environmental remediation materials still 
remains open since serials of issues regarding their fabrication and 
applications remain to be addressed. For instance, other approaches 
for preparing iron-immobilized nanofibrous mats can be employed, 
such as coaxial electrospinning technology to improve the iron content 
in the nanofibers. In addition, different polymer systems having 
different properties may be used to form the composite nanofibers 
with different properties. And other iron-based bimetallic NPs (Fe/
Cu, Fe/Ag, etc.) and iron-doped semiconductive NPs (Fe/TiO2, Fe/
ZnO, etc.) can also be immobilized into or onto polymer nanofibers 
to form electrospun inorganic/organic composite nanofibers 
with desired properties for environmental remediation and other 
applications. Furthermore, current efforts to use electrospun iron 
NP-immobilized nanofibrous mats for contaminants treatment are 
limited to several model dyes and organic compounds (e.g., TCE), 
other contaminants widely existing in the wastewater should be 
evaluated to test the contaminant removal efficacy of iron-based NP-
immobilized nanofibrous mats.
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12.1 Introduction

As long as the injection of nanoparticles (NPs, mainly nanozerovalent 
iron, nZVI) has become a common technology for soil and 
groundwater remediation, a concern has simultaneously grown 
regarding the side effects and potential impact on ecosystems, as 
occurring with other engineered nanometric scale materials. Based 
on precautionary principle, the technology is still pending approval 
by regulators in several countries until uncertainties regarding risk 
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analysis are clarified, representing a major challenge for further 
technology market implementation.
	 In order to perform a proper assessment of the environmental 
risk associated with the technological deployment, a number of 
issues should be comprehensively evaluated and understood: 
degree of toxicity caused by NPs, toxicity mechanisms involved, 
fate and transport of NPs (i.e., physicochemical interaction with the 
media), impact on microbial communities, etc. These features will be 
discussed in this chapter, reviewing both methodological approaches 
and results of related research studies performed in this field.
	 The scope of this section will be particularly limited to risk 
assessments on ecosystems, excluding potential risks toward 
human health. In fact, injection of NPs in the subsurface involves an 
application area where humans are not the main receptors exposed 
to potential hazards (except workers in charge of manufacturing, 
injection, and, to a less extent, monitoring), but the microbial 
communities, indigenous organisms and natural media, as parts of 
the whole ecosystem. Nevertheless, human exposure should not be 
ignored, but addressed from a health and safety perspective.
	 The types of NPs designed and produced for remediation of 
contaminated sites have evolved and increased over the last years. 
Although metallic zerovalent iron (ZVI) and iron oxides have been 
most extensively employed, other developments have incorporated 
particles with a different nature, such as bimetallic iron particles, 
incorporating catalytic amounts of palladium, platinum, nickel, 
copper, and other metals; composite NPs, for example, carbo-iron or 
iron-zeolites; silver NPs, gold NPs, different metallic combinations, 
bio‐nanomagnetite, and others. According to the highest number 
of research and field cases dealing with nZVI and iron oxides, most 
of the toxicity studies have been focused on this type of products, 
i.e., the findings referred to alternative NPs are scarce and quite 
often limited to particular laboratory tests and essays, and thus it 
is difficult to obtain a comprehensive (eco)toxicological behavior of 
the product(s) [1]. On this basis, this review will be mainly aimed 
at nZVI, which causes a more stressful environment in terms of 
biological response, and secondarily at iron oxides, delivered or 
originated as a result of the oxidation of metallic iron. However, it 
should be carefully considered that the use of other metals—despite 
involving catalytic amounts—might introduce new elements of 
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inherently higher toxicity. It should be also pointed out that bare 
nZVI have proved to achieve poor success on remediation strategies, 
due to strong adsorption to soil particles, which reduces mobility in 
the subsurface. Accordingly, most of the produced nZVI incorporate 
a coating to enhance colloidal stability. In terms of toxicity, most of 
the coatings are usually biopolymers not affecting the indigenous 
soil biota; however, nanoparticle surface modification causes 
differences in their interaction with soil organisms, commonly 
leading to reduced biological damage.

12.2 �Geochemistry, Fate, and Transport of Iron 
Nanoparticles in the Subsurface

12.2.1 �Iron: Geochemical Features of a Remediation 
Tool

Iron is the fourth most abundant element in the earth’s crust. It 
exists mainly in two oxidation states: the moderately water-soluble 
Fe(II) (ferrous iron) and the highly insoluble Fe(III)(ferric iron), 
stable in oxidant and neutral or alkaline conditions. Iron primary 
and secondary minerals such as sulfides (mainly pyrite, FeS2), 
oxides (hematite, Fe2O3; magnetite, Fe3O4), hydrated oxides (FeOOH, 
goethite, limonite), and carbonates (siderite, FeCO3) are within the 
most habitual minerals in the surficial geosphere; also amorphous 
forms of iron are important both in natural and industrial processes. 
However, the native or metal form of iron, i.e., zerovalent iron (ZVI), 
is rare in natural environments.
	 The variable oxidation state of iron facilitates its main role in 
many biogeochemical systems and cycles. Iron plays a significant role 
in contaminant mobility, sorption, and breakdown due to its activity 
as electron donor (oxidation of ferrous to ferric iron); in this regard, 
note that ZVI is an excellent electron donor, acting as a precursor 
for iron oxides because of the spontaneous oxidation of Fe(0) in 
aqueous medium to Fe(II) and Fe(III). Because the stability domain 
of Fe(III) is narrower than that of Fe(II) in most environmental 
conditions, Fe(II) will be preferentially released when ZVI is added 
to the subsurface, although both Fe(II) and Fe(III) will be finally 
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oxidized to insoluble species (magnetite, maghemite, lepidocrocite, 
and goethite). Remarkably, Fe(II) oxidation in the presence of H2O2 
occurs in biological cells resulting in the release of cytotoxic, reactive 
oxygen species [2].
	 In terms of heavy metal(loid)s remediation, mobilizing 
agents can be used to enhance the removal of heavy metal(loid)
s through plant uptake (phytoextraction) and soil washing. On the 
contrary, immobilizing agents can be used to reduce the transfer of 
metal(loid)s to food chains via plant uptake (phytostabilization) and 
leaching to groundwater [3]. In this context, iron-based technologies 
in soil or groundwater remediation can be roughly divided into 
two (overlapping) groups based on the chemistry involved in the 
remediation process: (i) technologies that use iron as a sorbent, 
(co-)precipitant or contaminant immobilizing agent (sorptive/
stabilization technologies); (ii) those which use iron as an electron 
donor to break down or to convert contaminants into a less toxic or 
mobile form (reductive technologies). It should be noted, however, 
that many technologies utilize both processes to a greater or lesser 
degree (see Table 12.1).
	 As indicated in Table 12.1, ZVI was decades ago documented 
as a good electron donor in order to release electrons in aquatic 
environments. In fact, it has been used as a reactive material in 
subsurface permeable reactive barriers to degrade groundwater 
pollutants since the early 1990s [5]. ZVI is very active in transforming 
halogenated compounds, polychlorinated hydrocarbon pesticides, 
and other organics [6], and in the immobilization of As [7].
	 However, nZVI introduce a significantly increased available 
reactive surface areas (very high surface-area-to-weight ratio) 
compared to larger sized ZVI particles, thereby resulting in higher 
reactivity rates than micron-scale ZVI when normalized to mass 
[8–10], which consequently enhances contaminant degradation 
reactions. Therefore, the use of nZVI to remediate soil and 
groundwater has increased within the last years, and the use of 
nZVI has been effective for degrading organic pollutants such as 
chlorinated organic compounds, and for immobilizing metal(loid)s 
specially in groundwater [9, 11–13], but also in soils [14, 15].
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12.2.2 nZVI in the Subsurface

Naturally occurring NPs appear in the form of colloids, including 
clay, oxides, and organics. Therefore, it has been suggested that 
many manufactured metal oxide and other inorganic NPs will exhibit 
cluster-forming behavior similar to that of natural NPs [16]. In this 
sense, synthetic NPs released into the environment only represent a 
minuscule fraction of the total nanoparticulate matter [17].
	 Key characteristics determining the fate of iron NPs are related 
to their mobility and reactivity. Mobility and reactivity display an 
overall inverse relationship so that NPs with high reactivity often 
have low mobility, because of their propensity to agglomerate and 
sorb to surfaces [18]. For instance, nZVI have strong attractive 
interparticle forces; therefore, they tend to agglomerate to micron-
sized particles, which have limited mobility in porous media [9, 19]. 
Under natural environmental conditions, NPs are affected the most 
significantly by pH, ionic strength, and content of organic matter 
and clay minerals [20]. It is also well known that natural organic 
substances are easily adsorbed on the surface of NPs, which may 
cause a change in the surface electrochemistry of nZVI [21].
	 To avoid these difficulties (agglomeration, interaction with 
organic matter, etc.), numerous polymers and other organic 
coatings have been used to stabilize the nZVI suspension [9, 11], 
thereby providing a number of potential benefits in the subsoil 
action of the nZVI particles [19]: (i) decreased filtration losses, (ii) 
decreased aggregation, (iii) enhanced sweep efficiencies, and (iv) 
external carbon source for enhanced biodegradation. Nevertheless, 
in groundwater there may be strong interactions of the stabilizers 
with humic acids, causing an increase in agglomeration, followed by 
sedimentation of NPs [21]. On the whole, the modification of nZVI, 
depending on the kind of target contaminants or the geochemical 
conditions, can behave differently and exert diverse effects on the 
environment [22].
	 nZVI within the subsurface are generally believed to be 
transformed (aging) to various iron oxyhydroxides, similar in 
composition to naturally occurring iron-based minerals, which, even 
with an inner core of ZVI, would be expected to essentially behave 
as iron hydroxides. Depending on general groundwater redox 
conditions, being either oxic or anoxic, iron hydroxides potentially 
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form passivating layers on the nanoiron particle [18]. Depending 
on the matrix, increased agglomeration of particles may lead to the 
clogging of soil pores and to the inhibition of transport of the nZVI 
[23] through the accumulation of nZVI and of the nZVI-contaminant 
complex in the soil or on the bottom of water reservoirs. On the 
other hand, all modifications leading to a reduction in aggregation 
are basically favorable to nZVI scattering in the environment 
(renegade NPs), thus affecting other areas not directly connected 
with the source of the contaminant [23]. In addition, some authors 
have indicated that nZVI could remain active for longer periods, in 
the order of 6 months [24–26]. All things together, there is much 
debate over whether or not nZVI can be effectively transported 
by groundwater to impact an entire contamination plume, and if 
increasing mobility too much will add concerns about particles 
moving offsite and becoming a toxicological issue (renegade NPs). 
Therefore, a detailed conceptual site model (CSM) is needed in 
order to address the possible risk from renegade NPs, in addition 
to the CSM, which should already have been developed for the 
contamination problem at the site.
	 As a conclusion, the behavior of nZVI within the subsoil is site 
specific because it is highly affected by local geochemistry. Some 
of the issues affecting fate and transport include the contaminant 
concentration, particle agglomeration, age of the nZVI particles, 
soil matrix, ionic strength of the groundwater, hydraulic properties 
of the aquifer, depth to the water table, presence of organic matter, 
and other geochemical properties such as pH, DO, and oxidation 
reduction potential (ORP).

12.2.3 Fate and Transport of nZVI: Evaluation Methods

As described above, many diverse factors and related restrictions 
mainly depending on raw properties (e.g., particle size, surface 
charge, bulk composition) affect nZVI behavior. These features 
change with time due to the reactivity of the nZVI and their 
interaction with the environment. Therefore, it is not easy to evaluate 
the behavior of the nZVI in a site-specific application. In addition, 
whenever a new product is used, it seems necessary to thoroughly 
compare the characterization results for commercial products with 
the manufacturers’ stipulations.

Geochemistry, Fate, and Transport of Iron Nanoparticles in the Subsurface
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Table 12.2	 Direct and indirect characterization methods of the presence and 
activity of nZVIs in the subsoil [19]

Methods Remarks

Di
re

ct

Microscopy and 
spectroscopy

Mainly electronic microscopy and X-ray 
methods [27]

Color and 
absorptivity

UV-Vis absorbance at 800 nm recommended 
[28]

Total iron Usually overestimates delivered nZVI

In
di

re
ct

Total dissolved 
iron

Fe (II)–Fe (III) considered insoluble,
Recommended coupled to total iron 
(problem: nZVI usually smaller than filters’ 
pore size)

pH pH grows 2–3 units in the vicinity of injection 
wells while show little changes in monitoring 
wells [29]

Dissolved 
oxygen

Complete depletion of DO usually observed 
near injection wells

Conservative 
tracers

Indication of hydrogeological response to 
fluid injection
Classic tracers may interact with nZVI
Carrier materials could be good tracers

Dissolved 
hydrogen

Not habitual, useful to evaluate ZVI content in 
commercial products

Redox active 
probes

Under development [30]

ORP Highly negative ORP values expected although 
affected by deposition of nZVI particles and 
H2 concentration
Widely used, complementary to iron analysis
ORP conventional electrodes need cleaning 
efforts prior and during the measurements

Geophysical 
methods

Under development [31]
Options: magnetic, electrical, electromagnetic 
methods

Note: Direct methods can directly detect ZVI or its oxidation derivatives; indirect 
methods are based on changes of water chemistry or electrometric properties of 
impacted environments.
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	 In this context, sometimes the characterization of a specific 
formulation of nZVIs by themselves is the main object of research 
[27], as this has an obvious impact on the difficult matter of the 
prediction of NPs fate. However, in the background of this chapter, 
a review by Shi et al. [19] has recently introduced a useful sorting of 
direct and indirect characterization methods (Table 12.2).
	 Together with the various possibilities for monitoring purposes, 
it should be considered the reduction of the concentration of 
contaminants by itself as a complementary monitoring method, 
i.e., both an increased yield in the reductive dehalogenation of 
chlorinated organics or the sequestration of heavy metal(loid)s. 
Moreover, collateral effects as, for instance, the increased dissolved 
H2 and Fe2+, and the microbial metabolism of organic amendments 
can be observed and also favor bioremediation [19]. These effects 
open new possibilities to combine different technologies.

12.3 �(Eco)toxicity and Methods of 
Characterization

In the recent years, the efforts on appraisal of the ecological relevance 
of using engineered NPs have been focused on two different research 
lines. On one hand, attempts for a standardized methodological 
approach have been introduced aiming at a common scheme for the 
toxicological characterization of any engineered material, where 
iron-based NPs are encompassed. The main goal of these protocols is 
to be useful as a predictive tool for pre-assessing the toxic response of 
a certain nanomaterial, prior to real application. On the other hand, 
from a more scientific standpoint, different research projects have 
been developed for the detailed study of the toxicity related to the 
application of nZVI in groundwater remediation processes. In this 
case, the methods have been more heterogeneous, accommodated 
to the study of particular interests of the research: response of 
different species (bacteria, fungi, algae, crustaceans, etc.), processes 
causing toxicity, resistance mechanisms developed by organisms, 
parameters influencing toxicity, impact(s) on microbial community 
structure, or any other target.
	 From the standardization perspective, international scientific 
committees have been organized with the intention of stating 
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292 Environmental Effects of the Application of Iron Nanoparticles for Site Remediation

general guidelines for the direct toxicological assessment and 
physicochemical characterization (supporting toxicology studies) 
of any kind of engineered nanoscale materials [32, 33]. It is a 
wide-ranging approach covering many different products and 
materials, and based on classical screening methods for toxicology 
assessment: algae growth inhibition test, crustacean (Daphnia 
sp.) acute immobilization test, water quality determination of the 
toxic effect of sediment and soil samples on growth, fertility, and 
reproduction of nematoda (Caenorhabditis elegans). However, these 
guidelines have been compiled merely to aid in the preliminary 
stages of appraisal for nanomaterials, and not as a methodology for 
the (legal) approval of commercialization, which should be fatherly 
demonstrated according to in-depth tests and conclusions. Moreover, 
it has sometimes been questioned whether classical procedures lead 
to proper hazard identification when testing NPs, considering that 
physical effects, such as aggregation, agglomeration, sedimentation, 
shading and others, might mask the actual exposure and response 
[34].
	 Since nanoscale size might lead to new feature and properties, 
and subsequently environmental impacts in the short to long 
term, these products, nZVI in this case, require individual and 
customized studies for an extensive toxicological characterization. 
(Eco)toxicology of nZVI has been widely investigated for the last 
years through many different laboratory in vitro tests and studies, 
providing an exhaustive knowledge and elucidating its potential 
effects on the surrounding media [2,  35]. In terms of degree of 
organisms complexity, different (eco)toxicity studies have been 
performed. As stated below, in vitro tests have shown a bactericidal 
effect of nZVI to a number of species, for instance, certain aqueous 
cultures of Escherichia coli or Bacillus nealsonii [36–38]. Aquatic 
invertebrates are mainly assessed through Daphnia sp tests. Not many 
studies on the effect of nZVI to Daphnia magna have been published, 
but it is highlighted the significant relevance of this exposure, even 
leading in some cases to the death of the organism. As far as studied, 
many different effects have been measured depending on the 
commercial product [39]. Although soil ecotoxicity (earthworms’ 
tests) has not been very extensively studied, some authors have 
published relevant conclusions, remarking potential negative effects 
on soil invertebrates [40]. Some phytotoxicity studies have also been 
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released, pointing out not significant effect except for exposures at 
very high concentration of iron, and in this case, a clear dependence 
on aging stage of the nZVI is demonstrated [41].

12.3.1 Effects on Microorganisms

Microorganisms, including algae, are at the bottom of the aquatic food 
chain. Results and conclusions from research in this field have drawn 
attention to several issues, as described below. Measurements of cell 
viability, cell growth, cell integrity, or biological activity in various 
microbial species exposed to nZVI—ranging from 1 to 10,000 mg/L, 
and 5 min to 42 days—showed strong to severe negative effect in 
most of the cases, while only a few studies reported no bactericidal 
effects [2, and references therein]. On the contrary, fungi species 
presented a significantly larger tolerance [42].
	 Most of the studies agreed on addressing cell membrane 
disruption and oxidative stress through the generation of divalent 
iron, and reactive oxygen species as main mechanisms involved in 
cytotoxicity. Denaturalization of lipopolysaccharides and electron 
and ionic membrane transport proteins due to reducing properties of 
nZVI can affect membrane permeability and facilitate Fe2+ entrance 
into the cell [43]. Ferrous iron could interact with mitochondrial 
H2O2 originating highly reactive oxygen species and causing cell 
destruction by oxidative stress. Other involved mechanisms could be 
complexation of iron with lipoteichoic acids conforming cell wall in 
Gram+ bacteria, or the precipitation of iron oxides caused by some 
anionic structures present in certain bacteria. Both processes would 
interfere in the cellular uptake of nutrients [42, 44].
	 The extent of iron oxide NPs sorption on the surface of the 
microorganisms appears to be related to electrostatic interaction 
forces (i.e., the zeta potential) and determines the killing effect. 
Interestingly, bacteria seem to be more sensitive to the surface-
covering effect than eukaryotic microorganisms, as showed in 
Escherichia coli and Saccharomyces cerevisiae (Fig. 12.1) [45]. It has 
been suggested that the NPs could be internalized by endocytosis in 
the yeast cells, to protect this microorganism from the toxic effects 
of the NPs [45].

(Eco)toxicity and Methods of Characterization
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Figure 12.1 Scanning electron microscopy observation of attached FeOx NPs 
to the surface of E. coli (a) and S. cerevisiae (b) cells. Reprinted from Ref. [45], 
Copyright 2010, with permission from Elsevier.

	 The rigidness of the fungi cell wall seems to act also as a 
protection against nZVI adverse effects [42, 46]. Toxicity mechanisms 
associated to the formation of highly reactive oxygen species have 
also been demonstrated, which triggers damage on lipids, proteins, 
and nucleic acids, and accordingly, resulting in cellular death [36]. 
These mechanisms have even been characterized kinetically, as a 
first-order reaction defined by a constant, which involves processes 
of transport, attachment, and reaction [47].
	 The sensitivity or tolerance to nZVI differs between the bacterial 
genera or even between different species. Several Klebsiella species 
are resistant to high doses of nZVI [37, 48] and the higher resistance 
of Bacillus subtilis to Fe2+ than E. coli or Pseudomonas fluorescens in 
in-vitro experiments is conceivably due to its higher negative charge 
that gives rise to a higher nZVI electrostatic repulsion (see above) 
and as a consequence to a reduced toxicity [42, 49]. However, Fe3+ 
was shown to have stronger inactivation effects on B. subtilis than 
Fe2+, especially at higher dosages [50]. As well as the mechanisms 
of cellular damage are being elucidated, the resistance responses 
are also revealed. Some results suggest that one of the protective 
strategies developed by the organisms is the formation of spores, 
preventing bacteria from direct contact to iron NPs [51]. Another 
biological response might be the downregulation of membrane, and 
periplasmic proteins (porins, iron ABC transporter, siderophore 
receptor) involve in iron uptake [52, 53]. Remarkably, bacterial 
cells in stationary growth are less sensitive to nZVI compared 
with those in lag or exponential phase, being this likely related 
to the higher expression of several genes involved in cell stress 
response during stationary growth [2, 54]. Otherwise, schemes 
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based on the production of extracellular polymeric substances have 
been suggested, aiming at bonding to nZVI and thus constraining 
interaction between iron and bacteria and, therefore, its harmful 
effects [55, 56]. Besides the aforementioned mechanisms preventing 
iron uptake by cells, other responses are developed for minimizing 
oxidative stress. The high tolerance to nZVI of some bacteria 
as Klebsiella oxytoca seems to be related with adaptative stress 
response, involving tryptophanase and indole as a signal molecule 
of environmental disturbances [48]. In other cases, the defensive 
response has been linked to the maintenance of cellular homeostasis 
and the upregulation of proteins involved in reducing intracellular 
oxidative stress, as catalase, a key component for detoxification of 
reactive oxygen species as H2O2 [36, 51–53].

12.3.2 Parameters Affecting Toxicity

Literature shows a comprehensive set of studies dealing with 
the investigation of parameters affecting toxicity caused by nZVI. 
Increasing NPs dosage seems to be related to an increasing toxic 
response [36,  37,  55,  56], unless a high concentration of NPs 
induces iron aggregation leading to less colloidal stability, higher 
sedimentation rates, and consequently, milder toxic effects [57–59]. 
Exposure time is also another key factor on toxic effects, observing 
in most of the cases an unmistakable response in the early stages of 
the test, and minimizing—or even disappearing—in the long term, 
likely related to the oxidation of nZVI [52, 60]. Therefore, (an)aerobic 
conditions strongly influence nZVI oxidation rate and pathways, 
controlling the proportion of mineralogical forms of iron oxides, 
and thus the related harmful effects. Thus, the bactericidal effect in 
the presence of oxygen is significantly lower than under de-aerated 
conditions, and complete oxidation of nZVI virtually eliminates the 
toxic effects [43, 61]. In deep underground aquifers where oxygen 
is limited, Fe(0) can be converted to magnetite (Fe3O4) as the end 
product of nZVI oxidation, which has also much lesser bactericidal 
effect [36, 62, 63]. As previously stated, nZVI are commonly modified 
with surface coatings in order to enhance colloidal stability and thus 
migration in the subsurface. Laboratory tests have suggested that 
these surface modifiers constraint the adhesion of iron particles to 
the cells, likely by electrosteric repulsions, reducing the exposure 
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rate and toxic response [61]. In some cases, the polymeric coatings 
not only minimize physical contact but also act as hydroxyl radical 
scavengers, mitigating oxidative stress [64]. Similar effects have 
showed natural organic matter and humic acids present in the 
soil, causing an attenuation of toxicity by adsorption to nZVI and 
competing with nZVI–cell interaction [49, 61]. These attenuation 
effects have interesting potential applications, as discussed below.

12.3.3 Effects on Environmental Microbial Communities

An interesting environmental aspect related with the nZVI chemistry 
concerns to the fast release of H2 by nZVI under anaerobic conditions. 
This could potentially favor the growth of some microorganisms that 
degrade chlorinated solvents, as hydrogenotrophic methanogens, 
which convert H2 and CO2 to CH4, or homoacetogenic bacteria [2, 
and references therein]. Sulfate-reducing bacteria that eliminate 
heavy metals through the formation of metal-sulfide precipitates or 
the denitrifying bacteria that eliminate nitrogen are also favored [2, 
38]. Positive effects of nZVI have been also described for anammox 
bacteria and have been attributed to the removal of dissolved 
oxygen and the concomitant nitrate reduction to ammonium, and 
to the stimulation of the secretion of EPS by anammox bacteria, 
which favors in this way their stability within the bioreactor 
through their aggregation [65]. Based on these findings, combining 
the microbial activities with nZVI treatments (either concurrently 
or sequentially) might be a more efficient alternative in certain 
cases to remediate contaminated sites [49, 66]. In addition, the 
attenuation of the undesirable effects of nZVI on bacteria with 
nZVI coated with some compounds such as polyaspartate or other 
natural organic compounds such as humic acid, mentioned above, 
does not significantly alter H2 production and, therefore, stimulation 
of methanogenic and sulfate-reducing populations persists [38, 49]. 
Clearly, one of the critical issues needed to be analyzed in the future in 
order to effectively implement those findings in situ is to investigate 
how the syntrophic or competitive relationships conceivably present 
within the microbial community in natural environments influence 
the potential stimulatory effects of nZVI described above [2].
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	 Whereas the in vitro tests on individual bacteria have shown 
clear inhibitory effects, when trying to examine the effect of nZVI on 
microbial populations in microcosm and/or polluted environment, 
the bactericidal effects may be not so obvious and would be mainly 
detected as changes in the taxonomic and, therefore, functional 
composition of the indigenous microbial communities [2, 38]. 
How this affect the critical microbial functions involved in global 
nutrient cycling is a critical objective, as the bacterial species are 
functionally redundant, and an apparent shift in composition does 
not necessarily means functional loss [2]. Moreover, the possibility 
that the microbial communities affected by nZVI could revert to 
the initial status after the termination of the process [38, 66] must 
also be analyzed in field studies. It would be desirable to analyze 
the biogeochemical cycles of interest in the particular environment 
studied, before, during, and after the nZVI treatment. In this context, 
the combination of traditional microbial ecology methods and the 
new efficient and affordable molecular methodologies, including 
OMICS approaches [67–70], will provide suitable tools to address 
these questions. Also because the physicochemical environmental 
conditions modulate nZVI toxicity, a better understanding of them 
is of primary importance for evaluating the ecological consequences 
of the use of nZVI in the specific site. It is clear that the analysis of 
the interaction of nZVI with microbial populations as a whole and 
with the environmental matrix is ​​a demanding challenge that must 
be addressed through exhaustive studies in the future, before being 
able to predict, from the effects observed in the laboratory, the 
effects of nZVI on in situ environmental remediation projects.
	 The currently available information reviewed in this chapter 
shows a growing interest in the recent years in analyzing the effect 
of nZVI on microbial populations that may be considered useful 
toxicological indicators; however, additional efforts are needed 
in the analysis of invertebrates and, in general, in the study of 
multicellular eukaryotic organisms, where information, despite the 
advances made, does not present the same equilibrium at present. 
In any case, the methods and studies already available represent an 
incipient useful predictive tool to assess the toxicological response 
of the injectable NPs.
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12.4 Ecological Risk Assessment

Due to the uncertainties about environmental behavior of nZVI 
pointed above, appraisals based on an integral assessment of 
the ecological stress on the entire ecosystems, which demands 
large sets of toxicity data (e.g., the potentially affected fraction of 
species), cannot be still properly applied. Alternatively, the classical 
methodology for environmental risk assessment can be employed, 
on the basis of a conceptual site model (i.e., the scenario where 
the injection of NPs takes place) defined and characterized by the 
sources, pathways, and potential receptors of nZVI.
	 Based on this approach, a case-by-case scheme should be 
outlined, compiling information about different aspects: type and 
nature of NPs selected for injection, injection method (gravity, 
direct push, or controlled fracking), presence of surface modifiers 
of NPs ((bio)degradability and biocompatibility), physicochemical 
features of NPs (reductive potential, solubility, particle size, etc.), 
properties of the aquifer (presence of fractures, groundwater flow, 
permeability, porosity, ionic background, etc.), toxic behavior, 
pathways, main receptors of the ecosystem (bacteria, nematodes, 
plants, invertebrates, groundwater, surface water, etc.), distance to 
potential receptors, and many other site-specific issues that should 
be taken into consideration.
	 Multiple factors are involved in the environmental impact of using 
iron NPs, within a complex and intricate biogeochemical system, with 
many potential roles depending on the particular conditions of the 
remediation site and plan. Nevertheless, some general ideas can be 
outlined in terms of ecological impact related to the deployment of 
iron NPs. nZVI are potentially more stressful than iron oxides due to 
their intrinsic higher reactivity, and hence these might trigger more 
severe (bio)chemical reactions regarding ecological impact. Most of 
the commonly used surface modifiers are biologically compatible, 
not affecting the ecosystems, or even decreasing the effect of the iron 
itself. Although the aquifer characteristics include a large number of 
parameters influencing NPs dispersion, it seems to be demonstrated 
that their mobility is pretty limited and they only migrate a few 
meters from the injection point; thus meaning the area of influence 
in terms of risk, related to potential receptors, is rarely larger than 
20 m and commonly circumscribed to a couple of meters.
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	 However, because of the ambiguity inherent in the general 
concepts outlined here, a case-based approach as proposed above 
will definitely be needed for a proper risk assessment of the 
technology application.

12.5 Conclusion

Comparatively, the use of iron-based NPs with remedial purposes 
involves, a priori, a lesser environmental risk rather than other 
engineered NPs, for instance titanium, silver, or gold. This statement 
is based on the low inherent toxicity of iron species, the quick 
tendency to aggregate in the application media, and the small ability 
for mobilization and dispersion in porous aquifers. Nonetheless, 
different studies have pointed to toxicological effects on organisms 
or terrestrial communities, which suggest the potential existence 
of some ecological effects, although their relevance should be more 
carefully assessed.
	 Even though many efforts have been conducted during the 
last years for a better understanding of the chemical properties of 
iron NPs, there is still a lack of knowledge regarding some aspects, 
particularly related to their environmental impact. Most of the 
studies have been focused on the examination of toxic effects for 
particular organisms or microbial communities so far, omitting the 
potential stress of the ecosystem as a whole and the disturbance of 
its functionalities and services. Accordingly, more research is still 
required aiming a wider picture of the ecological significance of this 
technology. At the same time, it is also demanded the development, 
enhancement, or adaptation of existing and/or new methodologies 
and tools for an integral ecological diagnosis of the ecosystems 
exposed to nZVI-based treatment processes.
	 Improvements in the environmental assessment of nZVI in 
situ injection will be helpful in two different levels. First, from a 
methodological point of view, a more comprehensive understanding 
of the biogeochemical mechanisms involved in NPs–media 
interaction will lead to a better remediation planning, minimizing 
undesired collateral effects; for instance, through the development 
of predictive models. On the other hand, extensive knowledge of the 
technology and the potential consequences of its deployment will 



300 Environmental Effects of the Application of Iron Nanoparticles for Site Remediation

help to overcome the predictable barriers related to environmental 
objections of regulators and public bodies. As a result, a broader 
social audience will be better able to accept these new remediation 
practices.
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13.1 Introduction

A careful examination of the chapters in this book indicates that 
the actual number of applications of zerovalent iron nanoparticles 
(nZVI) in various sites and effluents is constantly growing. Many 
evidences have also proven that nanoscale Fe(0) is a highly efficient 
and affordable material. As also highlighted in some chapters, 
nanoparticulated iron oxides can also be applied in some cases, 
presenting some advantages compared with nZVI, such as stability 
toward oxidation or more efficient in removing certain pollutants, 
such as arsenic. Our analysis in this chapter will be centered on nZVI, 
although it can be extended to all nanoparticulated iron materials.
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	 In the last 10 years, the adaptation of nZVI to remove 
contaminants has received increasing attention due to its inherent 
extraordinary properties due to the chemical and physical structure 
of the material such as high specific surface area and high reactivity.
	 nZVI represent a potentially efficient alternative to current 
materials used for water treatment and have been thoroughly 
studied for remediation purposes considering the numerous 
reviews on the subject. At least 11 review papers on the nZVI 
remediation technology have been published in the last 5 years 
[1–10], summarizing different aspects in this field (see, e.g., Refs. 
[11, 12] and all references therein). The technology has been shown 
efficient to remediate an impressive range of contaminants at much 
greater reaction rates than other reagents. nZVI can be used as an 
effective and versatile tool for the purification of waters and soils.
	 To be used as solid catalysts, iron nanoparticles must fulfill 
certain requirements, for example, high activity, marginal leaching of 
active cations, and stability over a wide range of pH and temperature. 
Last but not least, the materials should be available at a reasonable 
cost.
	 The remediation technology with nZVI involves a series of steps:

	 1.	 Transport, in the aqueous phase (or other delivery fluid) to 
the contaminated zone;

	 2.	 Attachment to soils in the contaminated zone or partitioning 
to the non-aqueous phase liquid (NAPL)/aqueous phase;

	 3.	 Reaction with the target contaminant to form less toxic or less 
mobile products.

	 The application of nanoparticles (NPs) in the remediation of the 
environment not only reduces the concentration of potential noxious 
substances, but also decreases the costs of large-scale remediation 
and of the duration of the process. Possible applications vary from 
small-scale (domestic point-of-use treatments), environmental 
in situ methods, and much larger batch or flow through industrial 
applications. For groundwater remediation, the injection of nanoscale 
iron-based particles delivered in the subsurface as aqueous slurries 
is a promising, effective technology.
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13.2 �Limitations of the Use of Zerovalent Iron 
Nanoparticles

Although significant potential has been demonstrated for the 
application of nZVI to remediate a wide range of priority pollutants in 
groundwater or wastewater, several important limitations constraint 
the proper deployment of the technology and the widespread 
commercial application. The most important restrictions are due to 
the following problems:

	 ∑	 Lack of stability and easy leaching;
	 ∑	 Rapid and easy aggregation and settling of nZVI, due to strong 

attractive interparticle forces, primarily magnetic, leading to 
agglomeration to micron-sized particles of limited mobility in 
porous media;

	 ∑	 Not enough reactive lifetime of the NPs, especially when 
stabilizers are not used;

	 ∑	 Difficulty for the separation of nZVI from the treated solution;
	 ∑	 Low selectivity in reaction with chemical substances;
	 ∑	 Limited reusability due to rapid oxidation of iron nanoparticles 

under ambient conditions;
	 ∑	 Reaction of nZVI with natural groundwater constituents, 

reducing the available active material for reaction with the 
target contaminants;

	 ∑	 Displacement of dilute contaminant plumes upon nZVI 
injection at some sites, suggesting that nZVI technology is 
more suitable to source zones rather than to dilute plumes;

	 ∑	 Stabilizers added to nZVI or supports for the NPs such 
as carbon, mesoporous silica, and colloidal clays have an 
additional cost, and some of them may be regarded as possible 
contaminants;

	 ∑	 Lack of comparable studies for different nZVI materials and 
deployment strategies;

	 ∑	 Possibility of remobilization of heavy metals and radionuclides 
over extended periods;

	 ∑	 The transport distance is still an undefined and unpredictable 
factor for the effective application of the technology, especially 
in soils of low permeability;

Limitations of the Use of Zerovalent Iron Nanoparticles
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	 ∑	 The effect of the delivered NPs on the hydraulic conductivity 
has not yet been sufficiently investigated in field, especially in 
the long term.

13.3 Environmental Concerns

There are a number of potentially serious issues regarding the 
environmental fate of engineered NPs and their potential impacts on 
human health [13] derived from their small size and high reactivity, 
and the potential mobility of engineered NPs in both environmental 
and biological systems. For example, environmental exposure to 
NPs may allow their deep penetration into the lungs via inhalation 
or the passage of NPs across cell membranes directly into cells 
or tissues under controlled exposure conditions. In general, the 
transport mechanisms of engineered NPs through the environment 
and into plants and animals, and the associated risks, remain 
poorly understood (e.g., [14]), and this may significantly limit their 
widespread application as remediation tools.
	 In addition, toxic effects of nZVI on biota and on the 
biogeochemical conditions appear as potential threats. Long-term 
environmental impacts of nZVI either on living organisms or on the 
whole environment remain rudimentary. There are big concerns 
over the long-term fate transformation and ecotoxicity of nZVI in 
environmental systems.

13.4 �Recent Advances in the Use of Iron 
Nanoparticles

In view of the interest in nZVI, numerous studies have been 
undertaken in recent years, basically aimed at searching innovative 
production techniques, modification of the physicochemical 
functionality, and enhancement of the stability and mobility of the 
particles.
	 Immobilization of nZVI onto suitable supports is one of the most 
studied fields, as it provides an easy operation; however, an excellent 
nZVI reduction ability has to be preserved. Different solid porous 
materials such as carbons, exchange resins, bentonite, kaolinite, 
zeolites, or chitosan beads have been tested.
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	 To overcome the aggregation problem, various polymers and 
other coatings have been used to stabilize nZVI particles.
	 Doping of ZVI with other metals, i.e., the preparation of 
bimetallic Fe particles with transition metals such as palladium (Pd), 
copper (Cu), nickel (Ni), or platinum (Pt), on the iron surface has 
been effective in the improvement of the removal of contaminants, 
especially for halogenated hydrocarbons [15].
	 The particle stabilization technique using polyelectrolytes is a 
valuable alternative for preparing soil deliverable nZVI and represents 
a great step toward field application of the in situ remediation 
technology [9]. Depending on the site characteristics and properties 
of the target contaminants, neutral or charged polysaccharides 
may be used to yield stabilized nZVI of desired particle size and 
transportability. The pre-agglomeration stabilization technique is 
not only thermodynamically more favorable but also more effective 
in fabricating smaller NPs and facilitating size control. In addition 
to much improved soil deliverability, stabilized nZVI show greater 
reactivity and much lower adverse cytotoxicity. The effectiveness 
and feasibility of stabilized nZVI for remediation have been widely 
tested or demonstrated in the laboratory, pilot, and field scales.

13.5 Technical Constraints and Future Research

Like for any other new technologies, there are some critical 
constraints and knowledge gaps for the nZVI-based in situ 
technology, for which urgent further research is needed. However, 
despite the unquestionable effectiveness of nZVI and the simplicity 
of their delivery into the ground as a dry powder or slurry for a direct 
treatment, there are multiple disadvantages of using the free NPs. 
The dispersion of nZVI in an aquifer will be limited by geochemical/
geophysical characteristics, mineral sorption, microbiological 
activity, aggregation and formation of voluminous corrosion 
products, etc., which are variables difficult to predict. For this reason, 
a unique tailoring of nZVI for each situation would be required. Also 
changes in the groundwater system (natural or otherwise) may also 
cause contaminants adsorbed to the nZVI surface to remobilize.
	 Additional research is needed at all scales to improve the 
understanding of the nZVI potential for remediation. At the nanoscale, 
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an improved understanding of the governing chemical reactions, the 
kinetic behavior and the physical mechanisms governing transport 
in waters and soils will yield a potential transfer of the technology 
to real application. More field applications are required with 
detailed characterization before and after nZVI injection to assess 
nZVI mobility and the extent of contaminant destruction. All these 
information will lead to the development and validation of numerical 
models that can be used to predict remediation at a wide range of 
field sites. Despite a number of successful large-scale applications of 
chemical injection methods, further research is still needed on the 
limitations and feasibilities at the field scale, particularly regarding 
the interaction of iron with the intermediate products of degradation 
of the contaminant, the role of organic matter present in the soils 
in the efficiency of the treatment process, and the behavior of 
other, non-target, site contaminants during the treatment [16]. The 
following considerations can be taken into account:

	 ∑	 NPs should have the ability to remove a large range of 
contaminants.

	 ∑	 Surface area and reactivity of NPs have to be maximized.
	 ∑	 NPs should present excellent mechanical properties to allow 

optimal flow rates.
	 ∑	 NPs need to be supported in the form of membranes, mats, 

beads, etc.; in this way, they can be used in fixed bed reactors, 
filter columns, permeable reactive barriers, or domestic filters 
(even simple household jars).

	 ∑	 NPs need to have strong adhesion to the support to ensure no 
release into the environment.

	 ∑	 NPs should have low production costs to ensure realistic 
deployment.

	 ∑	 New advances in bimetallic particles, improved stabilizers, and 
improved formulations have to be investigated for enhancing 
partitioning of nZVI to NAPL, including field mobility and 
performance at the field scale.

	 ∑	 The particle stabilization technique should be modified 
to yield NPs more dispersible in soils and to facilitate the 
deliverability of stabilized nZVI to contaminated source zones.
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	 ∑	 The reactive lifetime of nZVI should be increased by a 
combination of stabilizers of various properties to minimize 
the corrosion reactions and maintaining a high reactivity.

	 ∑	 The long-term stability of metals/radionuclides immobilized 
by nZVI at the field scale is a critical factor to assess the 
effectiveness of the technology and optimize the process 
design.

	 ∑	 The effect of the delivered NPs on the hydraulic conductivity 
should be confirmed at the field scale and over extended 
periods of time.

	 ∑	 Mechanistic transport models considering the chemical 
transformation of nZVI are needed to predict the transport 
and fate of stabilized nZVI in soils.

	 ∑	 Toxic effects of nZVI on biota and on the biogeochemical 
conditions, especially for bimetallic and immobilized particles 
should be reinforced.

	 ∑	 Long-term environmental impacts should be investigated 
more, studying various groups of organisms at various stages 
of development, and at various degrees of transformation of 
nZVI, including the potential stress of the ecosystem.

	 To be commercially viable, sustainability of the technology needs 
to be assured. The nanomaterials, in any form they are used, should 
gather the following properties:

	 ∑	 Should not be very much expensive
	 ∑	 Should be recyclable
	 ∑	 Should be reusable and for this, adsorbed contaminants need 

to be removed by simple methods
	 ∑	 Methods of disposal of used materials and treatment of wastes 

are needed, especially if they are hazardous wastes
	 ∑	 Removed metals need to be recovered for further application, 

with the consequent economical return

	 Standardization is also needed, by elaboration of testing 
procedures, indicating the optimal amount of reactive NP material.
	 As said, for groundwater remediation, injection of NPs as 
slurries is a promising, effective technology. For a successful full-
scale application, generated reactive zones should be wide and 
homogeneous. For this, the development of reliable transport 

Technical Constraints and Future Research
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models to predict the mobility of the particles during the injection 
and to estimate the radius of influence and final distribution of the 
reactive material is needed; these studies should include numerical 
models to predict the long-term fate of the injected particles after 
the remediation.
	 Summarizing, big efforts should be made to improve and 
adapt this technology for water and soil treatment, combining the 
studies with fundamental work for thorough understanding of the 
mechanisms and kinetic aspects related to the systems. In spite of 
the above problems, nZVI look extremely promising not only for 
water treatment but also for many other important global industries.
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