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PREFACE

Environmental issues have become more and more critical aspects for sustainability of the
earth on which we live. Global warming issue is attracting attention for global sustainability,
but water environmental issues are also very critical ones and more urgent. More than one
billion of people do not have good access to safe drinking water, and numerous people suffer
from poor quality of water. Availability of water with enough quantity and good quality is
indispensable condition for human settlement.

There is long history of engineering for improving water quality, namely water and
wastewater treatment. There exist microbiological, physical and chemical processes.
Among them microbiological process is one of the most reasonable processes that employs
and enhances the function of bacteria in natural environment.

However, operation of biological treatment process has long been very empirical. Design
and operation of process are based on the past experiences. Such experience-based
technology has been satisfactory as long as conventional pollutant removal is aimed at.
However, removal of wider varieties of pollutant with high efficiency and with low energy or
resource consumption is nowadays required. We need to explore into details of microbial
communities to satisfy such requirements. Empirical way of design and operation should be
reviewed and improved under the light of advanced knowledge on complex microorganisms.

Traditional microbiology uses the approach of pure culture study. On the other hand,
microorganisms work as consortium in microbiological community in the actual wastewater
treatment. There exists great gap between pure culture approach and the actual process.
Isolation and cultivation are basic tools in the pure culture study. However, such methods
are very difficult and not always relevant in the wastewater treatment. A typical example is
phosphorus removing organisms of which pure culture is hardly obtained. The second
problem is that the simple summation of function of each group of the isolated
microorganisms does not necessarily show the function of bacterial community in treatment
process.

The appropriate approach in wastewater treatment is to examine the complex microbial
community as it is. However, such research often becomes very empirical and microbial
community is treated as an unknown black box. We have not had satisfactory tool to open
and elucidate this box.

The rapid progress of the molecular biological techniques for analyzing microorganisms
has been changing and enhancing our understanding of the complex microbial communities.
This technological progress provides us new possibility of disclosing this black box. Our
exploring journey is still at initial stage, but many new findings are expected in the near
future.

The other important aspect of microbiology in water and wastewater treatment is the
control of health-related microorganisms. Water-borne diseases are common problem in
developing countries, and also critical issue in developed countries. The outbreak of new
type of infectious organisms such as Cryptospordium since late 80’s has challenged our view
such that water-borne disease is the past issue in the developed countries. Molecular
biological methods have enabled the detection and identification of trace amount of infectious
microorganisms. Discussion in molecular level and that from the viewpoint of risk
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management is being required to protect our health.

Under these background the University of Tokyo started in 1996 “Center of Excellence
(COE)” project of Ministry of Education, Culture and Sports, Japan. The project is named
as “Establishment and Evaluation of Advanced Water Treatment Technology Systems Using
Functions of Complex Microbial Community.” This project is being conducted at
Department of Urban Engineering and other departments or research institutes in the
University of Tokyo. This COE project is aiming at crossing the bridge between science of
microbiology and practical water and wastewater treatment.

This book is based on one of the periodical symposia held under this project on March 6 — 8,
2000.

On behalf of the editors and as the former COE project leader, I wish that this book would
contribute to the progress of water and wastewater treatment both from scientific and practical
aspects.

Tomonori Matsuo
Professor, Toyo University
Professor Emeritus, The University of Tokyo
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§1 Microbial Community Analysis

For a better understanding and control of water and wastewater treatment processes, it is
necessary to understand the microbial community strucure of the microorganisms used in the
treatment processes. So far, the difficulty in isolating microorganisms in water treatment
processes has forced water treatment engineers rather stay away from looking into the detailes
of the microbial community structure. But recently developed molecular methods are
expected to bring about a new methodology to look into the detailes of complex microbial
community structures in water and wastewater treatment processes.

In this chapter, application of different methods especially molecular methods for different
complex microbial communities related with water/wastewater treatment and environmental
samples are reported. The methods employed in the collected papers are summarized as
follows.

rRNA or rDNA targeted methods and reports

-FISH (Fluorescence in Situ hybridization) .................. Matsuo et al., Mino et al., Kurisu et al.
-HNPP-FISH (FISH with enhanced sensitivity by the introduction of enzymatic reactions).....
.................................................................................................................................... Nasu et al.

-PCR-DGGE (Polymerase chain reaction and denaturing gradient gel electrophoresis)............
.................................................................................... Matsuo et al, Kurisu et al., and Liu et al.
~Cloning + SEQUENCING ....cveverrecririiiiiiieiei i Opyaizu et al., Liu et al.
-ARDRA (amplified ribosomal DNA restriction analysis) Tiedje et al., Hashsham et al.

phenotypic approach

“eNZYMANIC ACHIVILY .ovviuriniiriiiieeeirii et ene Mino et al.
-fluorescence staining with 6CFDA and CTC Nasu et al.
-morphotype image analysiS.......ccovviriririniiniiiiniiiiiie e Hashsham et al.

approach to functional genes
-primer design of PHB depolymerase gene and its application ..........ccccoeovevveecccvnennn, Sei et al.

combining methodology between microbial population structure and process performance
-artificial neural network approach ...........ccceveeciiviniiiinrc e Hashsham et al.

The applicability of the newly developed molecular methods are diversed. Depending on
the purpose of analysis and nature of the sample to be analyzed, the best suited method have
to be selected. While many of the molecular methods are targeted to genotypic information
which is located on ribosomal RNA and rDNA, a sequence on clomosomal DNA which is
complimentary to rRNA, some researchers are also trying to include phenotypic
characteristics such as morphology, enzymatic activities, and enzymatic genes.

We hope that complex microbial community structure be revieled simultaneously with its
dynamics and the functions of the microorganisms, so that water treatment performance is
discussed in combination with the microbial community structures.
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Observation and model analysis for the bacterial community structure of
activated sludge

T. Matsuo? and F. Kurisub

a Department of Environmental and Civil Engineering, Toyo University,

2100 Kujirai, Kawagoe-shi, Saitama, 350-8585, Japan

b Research Center for Water Environment Technology, the University of Tokyo,
7-3-1 Hongo, Bunkyo-ku, Tokyo, 113-8656, Japan

Activated sludge process is a very effective way to treat wastewaters and widely used all
over the world. Although we know activated sludges are mainly composed of bacteria, we do
not know 'who' treats each component in wastewater and 'how' they do. Thus, both
experimental and theoretical approaches have been done to elucidate community structures of
activated sludge. The community structures seems to be similar and universal among different
conditions in sewage treatment plants. Moreover, continuous seeding is quite important to
maintain the communities and it is probably from influent.

1. FIELD OBSERVATION OF BACTERIAL COMMUNITY STRUCTURES OF
ACTIVATED SLUDGES [1]

1.1. What is activated sludge ?

Activated sludge is a well known example of complex microbial community. The
dominant microorganisms which constitute the activated sludge are protista and bacteria. An
important index of daily maintenance of activated sludge process has been identification of
species of protista, such as volticela, rotifer and so on, which could be identified by their
morphologies under an ordinary optical microscope. Although activated sludges are mainly
composed by bacteria, and specific capability of each bacterium is responsible for the overall
performance of the processes, little is known about the bacterial communities and their roles.
This is mainly because the absence of the techniques to analyze the bacterial communities.

Recently, however, it has come to be possible to analyze the bacterial constituent of
activated sludge by using molecular biological techniques which are mainly based on the
information of ribosomal RNA sequences. Moreover, prokaryotic classification system has
greatly changed by using the rRNA information. The phylogenetic tree based on rRNA
sequences for the prokaryotes, i.e., archaea and bacteria, is shown in Figure 1 [2]. Although
we still do not know the details of characteristics of each bacterium, we must start from
examining the bacterial constituents of activated sludge by using molecular methods. First of
all, we used Fluorescent in situ Hybridization (FISH) method for which 6 oligonucleotide
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Figure 1. Phylogenetic tree of the procaryotes [2].

probes were used to clarify the composition of the bacteria at a group level in activated sludge
samples. They were collected from 14 wastewater treatment plants which were operated
under different conditions in Japan, because influences of operating conditions like
temperature, regional background for influent water quality, sludge retention time (SRT), and
hydraulic retention time (HRT) were thought to define the bacterial constituents in the
activated sludges.

1.2. Methodology of the experiment
Samples

Samples were obtained from 19 activated sludge systems in 14 municipal wastewater
treatment plants in Japan, as shown in Table 1. Tokyo and Saitama are located in the central
area and in the temperate zone, Hokkaido is the far north and in the subfrigit zone, and
Okinawa is the far south and in the subtropical zone. The samples were taken in August,
1998. They were transported in 10% ethanol at 4°C. On arrival of the samples, they were
fixed with 3% paraformardehyde for 3 h and stored in a 1:1 mixture of 1xPBS and 99%
ethanol at -20 °C, as described by Amann [3].
FISH

The paraformardehyde-fixed samples were immobilized on slideglasses by air drying and
dehydrating by ethanol. Oligonucleotide probes were synthesized and labeled with X-
rhodamine isothiocyanate (XRITC) or Cy5 by Takara Biomedicals, Japan. Group specific
probes used in this study are summarized in Table 2. In situ hybridizations were performed
according to Amann [3]. The percentage of formamide in the hybridization buffer was the



same as described in the references. To quantify the proportion of target species to the total
bacteria, probe Eub 338 was also used together with each group specific probe. The slides
were examined by confocal laser scanning microscope (TCS-NT, Leica Microsystems,
Heidelberg, Germany) equipped with Ar/Kr laser.

Fluoresced areas in the images were quantified with the Q600HR image analyzing system
(Leica), by thresholding at a certain intensity of fluorescence. The abundance of each specific
probe group was represented by the ratio of the
specific probe area to the bacterial probe area in a
given field. Eight different fields were examined
for each sample and probe, the maximum and the
minimum ratio was discarded and the ratio of the
remaining 6 fields were averaged.

Table 1
Summary of the collected Samples

Pref. Plant Sample Process

Tokyo O  Tokyo#l Std*a
S Tokyo#2 "

1.3. Results Tokyo#3 ”
Figure 1 summarizes the community Tokyo#4 ”
structures in activated sludge system at the group NN Tokyo#5 AO*b
level. o- or B- proteobacteria were the most N Tokyo#6  Std
predominant bacterial groups in all the samples. Tokyo#7  AO

Tokyo#8 A20%*c
M Tokyo#9 Std
Tokyo#10  »
Saitama FT Saitama#l 7

The other groups, such as Cytophagale, -
proteobacteria and GPBHGC (High GC group of
Gram positive bacteria) occupied small fractions.

The ratio of the five groups against EUB probe I Qaitama#2 OD*d
ranged 40% to 90%. These results basically did AJ  Saitama#3 OD
not change even in other seasons (data not AU Saitama#4 Std
shown). The predominancy of Proteobacteria in Hokkaido FG Hokkaido#! 7
municipal wastewater treatment plants was also AB Hokkaido#2 7
reported in Germany [8,9], but some activated B  Hokkaido#3 OD
sludges treating industrial or synthetic Okinawa MB Okinawa#1 Std
wastewaters have quite different compositions {9]. NG Okinawa#2 7

In order to analyze the relationship between va: Standard o
: : a: Standard activated sludge process,
the community structure a.lnd plants location OF b Anacrobic-acrobic process,
processes, cluster analysis of the community *c: Anaerobic-Anoxic-Aerobic process,
structure was conducted (Figure 3). Although the *d: Oxidation Ditch process.

Table 2

Oligonucleotide probes used in this study
Name Target group Abbreviation Sequence(5’-3’)  Reference
ALF1b a-subclass of Proteobacteria ALF CGTTCGCTCTGAGCCAG [4]
BET42a  [-subclass of Proteobacteria BET GCCTTCCCACTTCGTTT [4]
GAM42a y-subclass of Proteobacteria GAM  GCCTTCCCACATCGTTT [4]
HGC69a High GC group of Gram positive bacteria HGC TATAGTTACCACCGCCCT [5]
CF319a  Cytophaga-Flavobacterium CF TGGTCCGTGTCTCAGTAC  [6]

EUB338 Eubacteria EUB GCTGCCTCCCGTAGGAGT [7]




percent against EUB probe

Figure 2. Microbial community structures examined by FISH with group specific probes.
T1-T10:Tokyo#1-10, S1-S4: Saitama#1-4, H1-H3: Hokkaido#1-3, O1-2: Okinawa#1-2.

temperature and operating conditions were much

different among the treatment process, the effect yoxkaidox3/oD
on the community structure was not clearly saitama#4/std
observed. The plants in Tokyo and Saitama are in Okinawa#3/Std
the separate clusters, but those in Hokkaido (far Saitama#3/0D
north) and Okinawa (far south) distributed in both Saitama#2/0D
clusters, respectively. Judging from this cluster Saitama#1/Std
analysis, the communities in oxidation ditch (OD) Tokyo#9/5td

]

process may have a unique characteristics, but Tokyo#6/Sid
the results were completely different between the [°CK/o#/A0
Okinawa#1/Std
four seasons (data not shown). 1w
Tokyo#3/Std
14.S £th i ment Tokyo#10/Std
.4. Summary of the experiments Tokyof/A20

(1) Proteobacteria, especially alpha and beta Tokyo#1/AO
subclass, predominated in almost all sewage porxaido#2/std
treatment plants. Tokyo#4/Std
(2) The community structures in the sewage Tokyo#2/Std
treatment plants in Japan is quite similar to those Tokyo#1/Std
in Germany at the group level. . et
(3) Operating conditions like temperature and Figure 3. Cluster analysis of the
process configurations does not highly affect the ~ composition ofthe bacterial groups,
community structures at the group level. examined by FISHmethod.




2. MODEL ANALYSIS OF POSSIBILITY OF PRESERVING COMPLEX
BACTERIAL COMMUNITY IN CHEMOSTAT CULTIVATION OF BIOMASS {10]

2.1. Presence of continuous seeding

Based on the observation in the previous section, it is reasonably assumed that more than
two different bacteria should be present at the same time in the reactor, even in the fixed
operating condition of HRT of chemostat operation in a continuously stirred tank reactor
(CSTR). It is, however, not so much obvious that two different bacteria can survive under one
HRT condition, if a homogeneous cultivating condition is assumed in the reactor. Basic mass
balance equations of growth of biomass (bacteria) in the CSTR is presented as Eq. 1.

axX X —-X S
— = 4 y——X-bX=0
dt T +ﬂK+SX b

1
ds_s,-S 1 S M

Where,

X : biomass concentration in the reactor,

S : substrate concentration in the reactor,

Xin : biomass concentration of raw sewage,

Sin : substrate concentration of raw sewage,

7 hydraulic retention time of the reactor,

b : biomass decay rate,

Y : yield coefficient,

u: maximum growth rate,

K : saturation constant in the Monod expression of growth rate.

In the relationship of Eq. (1), the necessary condition of the washout of the biomass from
the system is that the biomass concentration x should come to be zero at the stage of steady
state. Then the necessary condition for this situation is expressed as Eq. (2).

in — O (2)

But it is clear that this condition dose never satisfy the original assumption of the
presence of continuous seed supply to the system. This relation concludes that every species
of bacteria which is supplied continuously should always be preserved in the system.

2.2. Absence of continuous seeding
For the condition of no entry of bacteria from outside, in which Xir is assumed to be zero,
then the Eq. (1) is rewritten as Eq. (3) in case of preserving the two different type of bacteria.
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Where,

X1, X2 : biomass concentrations of species 1 and 2, respectively,

S : substrate concentration in the reactor,

S;,: substrate concentration of raw sewage,

7 hydraulic retention time of reaction,

b1, b2 : biomass decay rate of species 1 and 2, respectively,

Y1, Y2: yield coefficient of species 1 and 2, respectively,

, p,: maximum growth rate of species 1 and species 2, respectively, and

K,, K,,: saturation constant in the Monod expression of growth of species 1 and 2,
respectively.

Under the steady state conditions of d4X,/dt=0, dx,/dt=0, and constant substrate
concentration, the solution of Eq. (3) for the relationship of growth parameters of two
different species is obtained as Eq. (4). Without continuous feeding of source of the specific
bacteria, only a pair of bacteria which satisfies very strict relationship described as Eq. (4) can
survive. Otherwise, only one of the bacteria can survive and the other one is washed out
because the SRT is too short to the bacterium which has slower specific growth rate.

K(t+1) _ K,(b,t+1]) )
HT—(hT+l) U,T—(bt+1)

This requirement yields the relation of Eq. (4) for the parameters of specific growth rate
and half rate constant, and hydraulic retention time. The above mentioned relation means that
the microbial community structure with two or more growth parameters should be strictly
limited in a very specialized group of microorganisms which satisfy the relationship of Eq.
(4). If bacteria are supplied continuously to the system, it is possible to keep both bacteria in
the reactor as examined in Eq. (2), as shown in the previous section. From this analogous
explanation, it is assumed that the very rich microbial diversity observed in the activated
sludge is possibly caused by continuous feeding from raw sewage or continuous supply from
atmospheric air.

2.3. Conclusions from theoretical model analysis

(1) Even in the chemostat operation of CSTR, every species of bacteria can be preserved in
the reactor, if the seed of the bacteria is continuously supplied to the system.

(2) In case of the no seed supply, only very limited group of species can survive in the



system.

(3) In the usual activated sludge operation with settling unit operation, sludge operation with
settling process, the bacterial community might be much more complex than the simple
chemostat operation. It is assumed, however, that the continuous feeding of seed bacteria
outside of the system, is essential to keep the complex bacterial community structure in the
system.

(4) The possible sources of the seed bacteria are thought to be raw sewage and/or atmospheric
air, which are supplied continuously from outside of the system.

3. EXPERIMENTAL INVESTIGATION ON SOURCES OF BACTERIA FOR
COMPLEX COMMUNITY STRUCTURE OF ACTIVATED SLUDGE {11]

3.1. Introduction and Experimental Setup

To identify the origin of the bacterial communities in the activated sludge, denaturing
gradient gel electrophoresis (DGGE) of PCR-amplified 16S rDNA partial sequences (PCR-
DGGE) was applied to the activated sludge samples cultivated in the batch type operation
using raw sewage and synthetic sewage with atmospheric air and filtered atmospheric air. A
simple experimental study was carried out using sequencing batch reactor with sedimentation
period as shown in Figure 4. In the experimental conditions, three kinds of influents which
were synthetic wastewater, pasteurized raw sewage by autoclave and non pasteurized raw
sewage were used, and two conditions of supplied air which were filtered one by 0.2 pm
membrane filter and non filtered atmospheric air from outside were used. The experimental
condition of influents and air, and the operating condition of the treatment system is
summarized and listed in Table 3 and 4, respectively.

3.2. Analytical method for the community structures

Suspended samples were washed with TE buffer and genomic DNA was extracted with
benzy! chloride followed by ethanol precipitation as described by Zhu et al. [12]. PCR-DGGE
was performed according to Muyzer ef al.[13]. Primers complementary to conserved regions
were used to amplify a 194-bp fragment of the 16S rDNA corresponding to nucleotides 341 to
534 in the E.coli sequence[13]. Denaturing gradient gels were prepared by using Model 475
gradient delivery system (Bio-Rad Laboratories, Hercules, Calif.). The gels were run by D

Code system (Bio-Rad) for 300 min at 60 ©C and 130V. After completion of electrophoresis,
the gels were stained with Vistra Green (Amersham Pharmacia Biotech, Tokyo, Japan) by
spreading the staining solution on the gel for 15 minutes, and documented by fluorescent
image scanner (Fluorimager 595, Molecular Dynamics, Sunnyvale, Calif.).

3.3. Experimental Results

In case of synthetic wastewater and filtered air (condition 'e' in Table 3), there is no
accumulation of biomass in the system so far as more than two weeks operation. Thus, this
experimental set-up was proven to avoid any bacterial contamination from outside.

When synthetic wastewater and non filtered air were applied (condition 'a"), presence of
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Figure 4. Experimental set-up for the sequencing batch operation reactor.

Table 3 Table 4 N .
Operating condition of the sequencing

Experimental conditions of influents and air
batch reactor

aeration

reactor volume 1.5L
influent filtered air  outside air batch cycle 8h
synthetic wastewater e a HRT 0.95d
autoclaved sewage - b SRT 7.0d
raw sewage c d aeration rate 2L/min

organisms is clearly observed in the reactor and they created settlable flocks after 3 days
operation. The bacterial community profiles is shown in Figure 5. However, these bacteria
were completely different from the bacteria observed in other cases (Figure 6, 'a' vs 'b, c,d").
When raw sewage is used, almost same DGGE profile is obtained in both cases of filtered and
non filtered air (Figure 6, 'c' and 'd"). These results indicated that bacteria from atmospheric
air could not compete to those in raw sewage. In addition, the raw sewage and samples from
the reactor fed with the sewage (condition 'c' and 'd'"), and the raw sewage and the activated
sludge of the sewage treatment plant fed with the same sewage, shared some same DGGE
bands, which implied they have the same bacterial strains. However, their DGGE band
profiles were basically different.

3.4. Conclusions of the Experiment

(1) The bacteria from atmospheric air were able to produce settlable flocks but not able to
compete so much to those in raw sewage.

(2) Raw sewage was the main source of bacteria for the communities of activated sludge.

(3) The activated sludge still had different bacterial community structures from raw sewage.



11

Figure 5. Daily change of the community Figure 6. Comparison of the community
structure analyzed by using PCR-DGGE  structures and their change among operating

ot

method. Sample: condition 'a', i.e. conditions 'a' to 'd". 'a-sw': autoclaved sewage,
synthetic wastewater acrated with outside 'r-sw’ : raw sewage, and a.s. : activated sludge
air. taken from a pilot plant fed with the same

sewage.

4. CONCLUSIONS

(1) Actual activated sludges of broad range of operating conditions have rather similar
bacterial group composition in spite of the difference of regional and climate conditions.

(2) In the suspended biomass growth, the theoretical analysis predicts that it is not so easy to
keep microorganisms which have different growth rate parameters in the CSTR. To preserve
the diversity of bacterial community, it is required to continuously supply seeds of them from
outside of the system.

(3) The most possible source of bacteria for activated sludges is raw sewage. If the main
source of bacteria in the activated sludge is raw sewage, it is reasonably confirmed that the
above conclusion (1) is acceptable, because the source of bacteria come mainly from human
wastes and human wastes are homogeneous around regions and locations all over the world.
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Stability, persistence and resilience in anaerobic reactors: a community
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The stability of function and its relationship to microbial community structure was studied
in anaerobic methanogenic reactors fed glucose over a 600 day period, and in reactors that
experienced a shock-load of glucose. In the first case, the Bacteria populations as measured
by 16S rDNA analysis varied in a chaotic manner throughout the period while function as
measured by pH and effluent COD remain stable. Hence, many combinations of populations
produced common function. Two different communities, one of which was high in
Spirochetes, but both functioning equally well in digesting glucose were fed a pulse of
glucose 10-fold higher than the normal feed. The high spirochete community showed more
resistance and resilience of function, had less diversity, and its community returned to its
original composition. Its superior performance was attributed to community flexibility, i.e.
minor populations which accommodate the shock-loading, while the more stable low
spirochete community did not tolerate the shock-loading as well.

1. INTRODUCTION

Reliable, efficient and rapid processing of organic matter is the goal of transferring natural
microbial communities to reactors for processing higher amounts of carbon. The environment
can be better controlled in reactors and the assumption is that this control also helps maintain
and stabilize microbial populations important to efficient function. We have studied two
questions concerning community stability with anaerobic reactors fed one carbon substrate,
glucose. The first question is how constant is the microbial community in a reactor
maintained under constant conditions for over 1500 days, and the second question is how fast
and reliably do communities return to their normal function and composition after they are
subject to perturbation. In this case the perturbation was a shock-load of glucose.

Anaerobic communities are particularly interesting for microbial stability studies because
substrate processing requires a food chain, a series of at least three guilds of microbes
specialized in the steps converting carbohydrate to methane and carbon dioxide. They must
operate in coordination for the community to prosper and the function to be efficient.

Current address: "Catedra de Microbiologica, Universidad de la Republica, Montevideo,
Uruguay, 'Department of Civil & Environmental Engineering, Stanford University, CA
94305
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Secondly, this ecosystem operates near the thermodynamic limits of stability and hence is
particularly sensitive to perturbations. Furthermore, the members of these communities are
thought to be well understood, particularly with regard to their metabolic pathways,
requirements, and identity.

This paper summarizes highlights of work presented in more detail elsewhere [1-3].

2. MATERIALS AND METHODS

Studies on Stability and Persistence. A 1.5-liter continuously stirred tank reactor was
operated anaerobically at 35°C for 1505 days [2,4]. Glucose was supplied in a periodic cycle:
16g/liter on one day followed by no glucose feeding the second day. A constant dilution rate
of 0.1 day " was maintained. Steady-state function as measured by effluent COD, volatile
fatty acids concentration, methane production, and pH. Steady-state was achieved after 400
days.

The microbial community structure was analyzed by amplified ribosomal DNA restriction
analysis (ARDRA) [5]. Genomic DNA was extracted at seven sampling periods between day
900 and 1500. 16S rDNA was amplified from the extracted DNA using both Bacteria and
Archaea primers. Amplicons were cloned with a TA cloning kit, transformed into E. coli,
reamplified, and the appropriate sized amplicons were digested simultaneously with two
restriction enzymes, Haelll, and Hhal. The restriction fragments from each clone were
separated by electrophoresis on a 3.5% MetaPhor agarose gel. Restriction patterns were
normalized and compared with Gel Compare software. Pattern clustering was done by the
unweighted pair group method with averages with application of the Dice coefficient. Thirty-
six ARDRA patterns were analyzed for each sample and frequencies were calculated as
percentages of the clones showing the same operational taxonomic unit (OTU). OTUs found
most frequently were sequenced, aligned and their nearest neighbors were identified using the
ribosomal database (RDP).

Studies on Response to Perturbations. In these experiments, we studied the response of
two very different anaerobic, glucose-fed communities to perturbation. One community was
comprised of 40% to 50% spirochetes and the other was comprised of more diverse organisms,
but typical of those more commonly found in anaerobic digesters. In this case, the reactor
volumes were smaller, 250-360 ml, so that we could manage 4 replicate reactors of each
community. Both reactor sets were subjected to an instantaneous 20-fold increase in glucose
concentration. The response to this shock-loading of substrate was followed by fatty acid
analysis, ARDRA, morphological analysis (image analysis) of the populations, T-RFLP, and
rRNA quantitative hybridization of certain populations. More detail on the reactor operation
and analyses is described in a companion manuscript in this volume [6].

3. RESULTS AND DISCUSSION

Stability and Persistence. The methanogenic reactor exhibited constant performance as

measured by effluent pH and COD removal from day 400 through day 1490 (Figure 1). The

" pH ranged from 6.85 to 7.07 and the COD removal was between 89% and 99% until the
reactor began to fail on day 1491.
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Figure 1. Summary of the performance (function) and dominant populations in an anaerobic
reactor maintained under constant conditions for over 1500 days. Redrawn from Fernandez et
al [2].

Changes in Archaea populations were observed by comparing ARDRA pattern
frequencies over the 600 day time period shown in Figure 1. The dominant Archaea
population was rather constant from day 900 through day 1325, but then abruptly shifted to a
completely different community at day 1437 and maintained this community through the last
days of stable performance and even for the 15 days during the reactor failure. Organisms
closely related to Methanobacterium formicicum dominated the first period and
Methanosarcina mazei and Methanobacterium bryantii dominated the later period.

The Bacteria community was much more variable than the Archaea community (Figure 2).
Rapid population shifts occurred and no long periods of particular OTU persistence could be
distinguished. Furthermore, almost no trends in population succession could be detected,
even for an interval as short as 33 days. The diversity as measured by ARDRA profile
richness was also chaotic. The total number of OTUs at each sampling point range between 8
and 24. The OTUs that were sequenced were not closely related to other known organisms.
They represented the four clusters shown in Figure 1. The most dominant group of organisms
recovered by the rDNA method were members of the Spirochetes. The other dominant
organisms are affiliated with Eubacterium, Propionibacterium and one unusual OTU that had
less than 80% similarity to any known organism. While the successional pattern of Bacteria
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Figure 2. Variation in dominant Bacteria over time in a stable anaerobic reactor. Each
pattern represents a different OTU and the bar size represents its frequency in the 168 rDNA
clone library. Redrawn from Fernandez et al.[2].

was chaotic, the first period was dominated by different groups of Spirochetes. Hence, there
was cycling of dominance within the Spirochetes.

Ecosystem stability often means different things to different disciplines. To some,
stability refers to function and to others, it implies constant composition of the community. In
this paper we are referring to the later as persistence. A difficulty in limiting the concept of
stability to function is that information about the populations is often ignored, however, it is
the properties of the populations, particularly their fitness parameters, that are the heart of the
information needed to more intelligently manage communities. The results from our work
indicate that an extremely dynamic community sustains a functionally stable system.
Dominant members change dramatically, even over periods as short of 3.3 retention times.
These results also indicate that functional parameters, like pH and COD, are inadequate to
reveal community structure variation.

Phylogenetic analysis revealed that the genetic changes detected by ARDRA suggested
metabolic variation in the community. However, if similar physiology is assumed for
phylogenetically related taxa, the metabolic variation was less dramatic than were the genetic
changes. Since the anaerobic food chains involve close interactions between different guilds,
we expected that there would be a correlation between any changes in the Bacteria and
Archaea communities. This was only moderately apparent in our study. The most obvious
was that the Spirochetes occurred during the period when the Archaea were dominated by
Methanobacterium formicicum but disappeared in the later period when the methanogen
community shifted. We do not know if this relationship is causal and if so which component
would have initiated the change (Figure 1).

Response to Perturbations.  Ecologists quantify several parameters of stability as
described in Figure 3. The two main parameters commonly measured in this amplification
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envelope are resistance, which is the degree of deviation from the steady state, and the
resilience, which is the time required for the community to return to its normal state[7,8]. We
measured the fatty acids produced in response to the shock-loading for the two communities
and evaluated their resistance and resilience. Another component that can be useful in
characterizing stability is the reactivity which is defined by the maximum slope of the rising
limb of the envelope.

All reactors performed uniformly for the 2 weeks before the shock-loading indicating
replication of function without replication of community structure, consistent with the finding
in the previous long-term study.

The low spirochete reactors (LS) had less resistance and resilience to perturbation since
the fatty acid accumulation was higher and took longer for the fatty acids to return to steady-
state levels than for the high spirochete reactors (HS) (Figure 4). The low spirochete reactor,
however, showed more diversity both by image analysis and ARDRA showing that diversity
does not correlate with stability in this case, at least by these measures. The recovery of the
community as measured by morphotype similarity analysis showed that the high spirochete
reactor returned to its original community composition, while the low spirochete reactor did
not (Figure 5). The ARDRA analysis confirmed the morphotype analysis, both showing that
Spirochetes, which initially dominated the high spirochete reactors, were diluted by
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organisms that grew faster on the glucose, but then returned to dominance at day 16 and
thereafter following the glucose perturbation.

The high spirochete reactors appeared to accommodate the high glucose loading because
minor members of the population could rapidly ferment the extra glucose producing butyrate.
ARDRA and 16S rDNA sequence analysis showed that this fast responding population was
related to Eubacterium hadrum.The large population of Spirochetes in a high spirochete
community is thought to ferment glucose to acetate, but when a large amount of glucose was
fed, a fast growing Eubacterium that was initially present in very low numbers emerged, out
competing the slower growing Spirochete populations, eventually shifting 30% of the electron
and carbon flow through butyrate (Figure 6). This was accompa nied by a high proportion of
fast-growing, acetoclastic Methanosarcina species which rapidly metabolized the acetate
generated after the perturbation, resulting in little accumulation of acetate.

In the low spirochete reactor, Streptococcus-like organisms responded to the glucose
addition and produced lactate which appeared to be followed by clostridia converting the
lactate to butyrate. Acetate subsequently accumulated because the methanogenic population
was dominated by the slow growing Methanosaeta species. Organisms like Eubacterium and
Clostridium probably produce large amounts of H, shifting the reducing equivalents directly
to a neutral methanogenic substrate that is rapidly utilized and possibly conferring functional
stability to the system.

Our studies show that functional stability could not be attributed to higher species
diversity, rather, a flexible community structure allowed minor members to rapidly
accommodate the high flux of glucose. Consequently our conclusion is that a stable
community structure may be inflexible and does not allow populations to quickly respond to
new conditions. Hence, flexibility rather than diversity or persistence may be important traits
for stably functioning reactor ecosystems.

Unique: unidentified

HS (IV-XXV): unidentified

N B O

HS-IlI: Eubacterium hadrum  (94.7%)

HS-ll: Spirochaeta caldaria (98.7%)

B2

HS-I: Spirochaeta caldaria (98.7%)

16
Time from perturbation (days)

Figure 6. Succession of OTU's in the high spirochete reactor following the glucose shock-
loading at day O.
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The present paper focuses on possible strategies to highlight bacterial populations playing
key roles in EBPR processes. Three experimental approaches are presented. First,
measurement of acetoacetyl-CoA reductase activity implies that the amount of the enzyme
actually present is much higher than the amount that is needed to ensure the observed PHB
synthesis rate. It is likely that acetoacetyl-CoA reductatse is an intrinsic (not necessarily a
rate-limiting) enzyme in the PHA production, thus a key enzyme for EBPR. It is also
indicated that the source of reducing power for this enzyme can be different among sludges.
Acetoacetyl-CoA reductase should be metabolically (and thus genotypically) diverse.
Second, fluorescence in situ hybridization is applied to characterize bacterial community of
activated sludge. There is no significant difference in the bacterial structure between the non-
EBPR activated sludge and the EBPR activated sludge. It is likely that possible differences,
if any, are not reflected on the subgroup level bacterial structures. Third, very diverse nature
of the EBPR community is demonstrated by the polymerase chain reaction — denaturing
gradient gel electrophoresis. In summary, the assumption that PAOs are phylogenetically
diverse must be verified by evidence. It is important to develop as many probes for PAOs
and to apply them to as many EBPR sludges as possible together with metabolic
characterization of the EBPR sludges.

1. INTRODUCTION

The principle of enhanced biological phosphate removal (EBPR) from wastewater was
first found in 1970s [1, 2]. The EBPR process is primarily characterized by circulation of
activated sludge through anaerobic and aerobic phases, coupled with the introduction of
influent wastewater into the anaerobic phase. Such a configuration is called the anaerobic-
aerobic activated sludge process. By this configuration, polyphosphate-accumulating
organisms (PAOs) are ecologically selected and grow to dominance in the process. High
phosphate removal efficiency can be achieved by withdrawing excess sludge with high
phosphorus content. The metabolic behaviors of PAOs have been reasonably explained
based on experimental results from mixed culture studies. However, neither a single pure
culture has been proven to be one of the predominant bacteria in the EBPR process, nor has
a microorganism responsible for EBPR ever been isolate [3]. The present paper first reviews
the specific metabolisms and the bacterial community of the EBPR process, and then focuses
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on possible strategies to highlight bacterial populations playing key roles in EBPR and
presents three experimental approaches to obtain a clearer picture of the EBPR community.

2, MINI REVIEW ON EBPR METABOLISM AND BACTERIAL COMMUNITY

2.1. EBPR Metabolism

It was demonstrated [4,5] that the phosphate removed in the EBPR process is stored as
polyphosphate (poly-P) in the sludge. PAOs can utilize stored poly-P as energy source for
the uptake of carbon sources in the anaerobic phase of EBPR processes [6], whereas aerobic
heterotrophs can not get energy for anaerobic substrate uptake. Hence, the anaerobic phase
should serve as a selector for PAOs.

Because PAOs thrive on short chain fatty acids (SCFAs) like acetate [7] metabolism of
SCFAs, especially acetate, has been extensively studied. Acetate or other SCFAs
incorporated into PAOs is stored in the cell in the form of polyhydroxyalkanoates (PHA)
accompanied by concomitant degradation of poly-P and consequent release of
orthophosphate. In the subsequent aerobic phase, PAOs grow aerobically and take up
orthophosphate to recover the poly-P level by using the stored PHA as the carbon and energy
source. Since PHA is a reduced polymer, its synthesis requires reducing power. The reducing
power is considered to be produced from partial oxidation of intracellularly stored glycogen
to carbon dioxide along with production of acetyl-CoA [8-10]. It was also proposed [11] that
the glycogen can be metabolized to propionyl-CoA through the succinate-propionate
pathway consuming reducing power. In actual EBPR processes, PAOs have to be ready for
the uptake of various kinds of reduced or oxidized organic substrates in the anaerobic phase
without disturbing the redox balance in the cell. The function of stored glycogen to maintain
the redox balance, therefore, appears to be essential for the anaerobic uptake of various
organic substrates, and thus for the proliferation of PAOs in the EBPR [3,12].

2.2. EBPR Bacterial Community

In the 1980s, Acinetobacter spp. were believed to be responsible for poly-P accumulation
and thus for EBPR, because culture-dependent identification of bacteria indicated that
dominance of Acinetobacter was often observed in activated sludge with high P removal
performance [4,13,14]. However, it is now demonstrated based on non-culture-dependent
techniques that Acinetobacter is not primarily responsible for EBPR. For example,
application of 16S-rRNA targeting oligonucleotide probes, which are specific for
Acinetobacter or other bacterial groups, showed that culture-dependent methods strongly
benefited Acinetobacter and that Acinetobacter was not dominant (less than 10% of total
bacteria) in the EBPR processes studied [15-17].

In the past, it may have been believed that an EBPR community should be enriched with a
single dominant group of bacteria. Recently, molecular techniques have revealed that the
bacterial community of the EBPR process is phylogenetically diverse and consist of several
major bacteria [15,16,18,19]. Further, molecular techniques have also shown possible
phylogenetic positions of PAOs. For example, double staining of an EBPR sludge with DAPI
for poly-P and with oligonucleotide probes for some phylogenetic subclasses demonstrated
[20] that the alpha subclass of proteobacteria and the Gram positive bacteria with a high
G+C DNA content accumulated poly-P in the EBPR process. This implies that PAOs belong
to these two bacterial subgroups. An acetate fed activated sludge with high EBPR capacity
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was proven to be dominated (80% of DAPI-stained cells) by Rhodocyclus group, which
belong to the gamma subclass of proteobacteria [21]. It is strongly implied that PAOs are not
a certain bacterium, but composed of a few dominant bacterial groups.

3. ENZYMOLOGICAL NATURE OF EBPR SLUDGES

3.1. Experimental Methods

PHA synthesis is an intrinsic metabolism for PAOs to enable anaerobic substrate uptake.
Identification of the key reactions that regulate the whole metabolism should lead to better
understanding of the EBPR mechanism and to clearer characterization of PAOs. In order to
investigate the importance of various enzymes in the EBPR metabolism, activities of 8
enzymes in and around the PHA synthesis pathways were measured: the enzymes include
beta-ketothiolase (KT), NADH-linked acetoacetyl-CoA reductase (AARe), NADPH-linked
acetoacetyl-CoA  reductase (P-AARe), pyruvate kinase, pyruvate carboxylase,
phosphoenolpyruvate carboxylase, malate dehydrogenase (MDH) and lactate dehydrogenase.
Enzymes were extracted from activated sludges into 0.1 M tris-HCI buffer (pH 7.5) by
sonication (20Watt for 5 minutes) at 4 degrees C, and separated by centrifugation at 13000
rpm for 30 min. The crude extract was used for enzyme activity measurement. In all the
enzyme activity measurements, appropriate reaction systems were developed so that the
reaction rate could be expressed as the decrease of NADH or NADPH [22,23]. Different
sludge samples from 15 activated sludge systems including full- and lab-scale processes or
conventional (fully aerobic) and anaerobic-aerobic processes were subjected to the enzyme
activity measurement.

3.2. Results

Among the 8 enzymes studied, activities of P-AARe and AARe for reduction of
acetoacetyl-CoA to hydroxybutyryl-CoA, KT for dimerization of acetyl-CoA to acetoacetyl-
CoA and MDH for conversion of oxalacetate to malate were significantly higher in the
sludges from lab-scale anaerobic-aerobic reactors fed with acetate-rich wastewater than in
other sludges. In Figure 1, the activities of P-AARe and KT are plotted against the observed
maximum PHB synthesis rates in acetate fed aerobic batch experiments using various
sludges. It can be seen that the KT activities are almost comparable to the observed PHB
synthesis rates, whereas P-AARe activities are much higher (12 times higher in the highest
case). This means that the amount of P-AARe actually present is much higher than the
amount that is needed to enable the observed maximum PHB synthesis rate. The activities of
NADH-linked AARe were higher than that of P- (NADPH-linked) AARe in most of the
sludge. In the anaerobic phase of the EBPR process, the NADPH or NADH concentration
may be very low due to limited production of reducing power. The strategy which should be
usually adopted by microorganisms under low substrate concentration conditions may be to
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Figure 1. Relationship between PHB synthesis rate of activated sludge and activities of
extracted NADPH-linked acetoacetyl-CoA reductase (P-AARe) and ketothiolase (KT).

lower the half saturation constant (Ks) in the Michaelis-Menten equation (in other words, to
increase the affinity of the enzyme to the substrate). However, PAOs appear to solve the
problem not by lowering Ks for P-AARe or AARe but by increasing the amount of the
enzyme, thus increasing the maximum activity of P-AARe or AARe. This is unusual, and the
reason is not clear. It is likely that acetoacetyl-CoA reductatse is an intrinsic (not necessarily
a rate-limiting) enzyme in the PHA production, thus a key enzyme for EBPR.

Table 2
Activity of NADH- and NADPH-linked acetoacetyl-CoA reductase from lab-scale anaerobic
aerobic activated sludge processes

Sludge Substrate MLSS Sludge NADPH-linked NADH-linked Ratio
Composition (mg/L) Retention AARe AARe [BI/[A]
(Ac:Pr:Pe:Ye) Time Activity Activity
(day) (unit/mgProtein) (unit/mgProtein)
[A] [B]

(a) 25:35:30:10 800-1000 5 0.53 1.69 32
(b) 25:35:30:10  1000-1400 5 0.49 1.50 3.1
(c) 80: 0:12: 8 600-1000 5 0.71 2.12 3.0
(d) 20:60:12: 8 1000-1500 5 0.51 235 4.6
(e) 100: 0: 0: 0 2000-2500 10 0.39 2.89 7.4
Note - Ac:acetate, Pripropionate, Pe:peptone, Ye:yeast extract

- 1 unit is defined as the amount of enzyme which achieves a reaction rate of 1 x mol/min.
- mg Protein: mg protein extracted in the crude enzyme extract solution
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In Table 2, the activities of AARe and P-AARe from five laboratory anaerobic-aerobic
reactors are compared. Both the enzymes convert acetoacetyl-CoA to hydroxybutyryl-CoA.
This reaction requires reducing power. The former enzyme uses NADH as the reducing
power source, whereas the latter uses NADPH. It can be seen from Table 2 that the ratios of
the AARe activity to the P-AARe activity vary among the five sludges tested. In the case
of sludge (e), the contribution of NADPH is significantly higher than in other sludges. It
seems that the source of reducing power can be different among sludges. Acetoacetyl-CoA
reductase should be metabolically (and thus genotypically) diverse.

4. COMMUNITY STRUCTURES OF EBPR ACTIVATED SLUDGES
HIGHLIGHTED BY FISH

4.1. Experimental Methods

Florescence in situ hybridization (FISH) is a molecular method to detect 16S-rRNA
sequences specific for certain phylogenetic microbial groups. In this method, fluorescence-
labeled short DNA fragments are hybridized to the complementary sequences of the target
rRNA. Thus, the target cells can be detected under a fluorescence microscope. We applied
the FISH method to compare bacterial community structures of activated sludges from
conventional (fully aerobic) activated sludge process for BOD removal only and anaerobic-
aerobic process for EBPR [24]. Three activated sludge samples were collected in a sewage
treatment plant in Tokyo, one from a conventional (fully aerobic) process (process C), one
from an anaerobic-aerobic process for EBPR (process AO) and another from an anaerobic -
anoxic - aerobic process for nitrogen and phosphate removal (processA20). These three
processes treated the same sewage and the possible difference in the bacterial community
structure should be dependent on the design and the operation of each process. Six 16S-
rRNA targeting oligonucleotide probes were selected; they are probes specific for the alpha,
beta and gamma subclasses of proteobacteria (ALF, BET, GAM, respectively), Gram
positive bacteria with a high G+C DNA content (HGC), Cytophaga-Flavobacterium (CF)
and eubacteria (EUB) [25]. Hybridization was performed according to Amann (1995) [25].
The fluorescent area was measured by a confocal laser scanning microscope (Leica, TCS-
NT) and the ratio of each bacterial subgroup was expressed as percentage against EUB.

4.2. Results

The results of four surveys (Autumn 1997 — Summer 1998) are summarized in Figure 2.
There is no significant difference in the bacterial structure between the non-EBPR activated
sludge (C) and the EBPR activated sludge (AO and A20). It is likely that possible
differences, if any, are not reflected on the subgroup level bacterial structures. As PAOs may
belong to various phylogenetic groups {20,21], this implication is understandable.

5. MONITORING EBPR COMMUNITY BY PCR-DGGE METHOD

5.1. Experimental Methods

Among molecular techniques, the polymerase chain reaction (PCR) - denaturing gradient
gel electrophoresis (DGGE) method is a powerful tool to analyze undefined microbial
communities. In this method, DNA is extracted from biomass samples and a certain target
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Figure 2. Comparison of bacterial community structures of activated sludges from
conventional (C), anaerobic-aerobic (AO) and anaerobic-anoxic-aerobic processes
(A20).

region of the DNA defined by a primer set is amplified by PCR. The amplified DNA
fragments with different sequences can be physically separated based on the difference in the
DNA sequences. In general, DNA fragments with higher G+C DNA contents tend to be
denatured less easily, thus migrate more in the electrophoresis gel. Each DNA band on the
gel corresponds to a DNA fragment with a certain sequence. The complexity of the band
pattern indicates the diversity of the DNA sequence, thus the biological diversity in general.
We applied the PCR-DGGE method to monitor an EBPR community in a lab-scale
anaerobic-aerobic process operated with a complex synthetic wastewater. DNA was
extracted from sludge samples by using the benzyl chloride method [26]. PCR amplification
with the primers for the highly variable V3 region (341f-GC and 534r) [27] was performed
using Ampli Taq Gold DNA polymerase (Perkin-Elmer Japan, Co Ltd.) and Gene Amp PCR
System Model 9600 (Perkin-Elmer). The amplified DNA was subjected to DGGE according
to Onuki ez al. (1999) [28].

5.2. Results

Examples of the EBPR bacterial community monitored by DGGE are shown in Figure 3.
Samples A & B and C & D were obtained on February 8 & 12, and May 6 & 14,
respectively, in 1998. The band patterns of A and B are similar to each other; those of C and
D, too. It appears that bacterial community does not change much within one week or so.
However, there was a significant change in bacterial community between February and
March, although both sludges looked similar in terms of EBPR performance. There are many
visible bands which implies complex and diverse nature of the EBPR sludge. For further
phylogenetic characterization, it is necessary to obtain sequence information of these bands.
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Figure 3. Bacterial Community of an EBPR Sludge Monitored by PCR-DGGE Method

6. PROPOSED STRATEGIC APPROACH

Metabolic diversity of PAOs is implied through the measurement of enzyme activities for
PHA synthesis. Phylogenetic diversity is also indicated through the application of the FISH
and PCR-DGGE methods, as has been shown in many other studies. It is likely that diverse
organisms are responsible for EBPR. The principal PAOs in an EBPR system may vary from
case to case. The assumption that PAOs are phylogenetically diverse and that different EBPR
systems can be dominated by different PAOs, must be verified by evidence. For this purpose,
bacterial community structures of as many different EBPR systems with the typical EBPR
metabolic characteristics should be investigated.

We propose a strategic approach to characterize the EBPR microbial community and to
understand the microbiological mechanism of the EBPR process more clearly. The approach
is schematically shown in Figure 4. This approach consists of two major concepts: metabolic
characterization of PAOs and in situ quantification of PAOs. By using molecular approaches
like the PCR-DGGE method, cloning, etc., DNA sequences of PAO candidates
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Figure 4 Proposed Strategic Approach for Characterization of EBPR Community

can be obtained from EBPR microbial communities. They will be identified on a molecular
level. This leads to probe design targeting these molecular isolates. With these probes
developed, in situ quantification of the target bacteria will become possible and we can
investigate who are dominant in various EBPR processes. However, these molecular isolates
should not be recognized as PAO without verifying that they really exhibit typical metabolic
characteristics of PAOs. If we can establish a phylogenetically simple EBPR community that
preferably contains very limited number of major molecular isolates, then morphological
observation like poly-P staining may be able to indicate that the obtained molecular isolates
possess the PAO’s metabolic characteristics. Alternatively, double staining for poly-P and
16S-IRNA™ can be a promising measure to find PAOs in situ. More sophisticated
simultaneous application of FISH and microautoradiography [29] must be also very
promising to see if the target bacterium really accumulate poly-P in the anaerobic phase.

7. CONCLUSIONS

It is important to develop as many probes for PAOs and to apply them to as many EBPR
sludges as possible along with metabolic characterization of the EBPR sludges tested.
Without investigating a wide range of EBPR sludges, an overall view on the EBPR microbial
community may not be clarified. Simultaneous application of 1) detection or quantification
of microorganisms in well-defined EBPR processes and 2) confirmation from metabolic
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point of view that the detected or quantified organisms surely do the EBPR performance, is

essential.
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Microbial community structure and their activity in aquatic environment
M. Nasu, N. Yamaguchi and K. Tani

Graduate School of Pharmaceutical Sciences, Osaka University,
1-6, Yamada-oka, Suita, Osaka 565-0871, Japan

Microbes process and degrade various compounds in the environment, which means they
have profound potentials to directly purify the polluted environments. In order to apply their
abilities appropriately, we need to understand what kind of microbes exist, where and how
many there are, how they live, and what interactions they perform among themselves and with
environment. The recent advances in methodology lead us to the new era of microbiology.
They allow us to understand microbes in aquatic environment from quite accurate
quantitative point of view. Based on the knowledge of microbial ecology accumulated so far
in temperate zones, novel findings on microbes in tropical zones should further enable us to
understand microbial ecology on a global scale. Here, we applied new techniques to analyze
microbial community structure in tropical river waters.

1. FLUORESCENT VITAL STAINING AND FLUORESCENT IN SITU
HYBRIDIZATION

Certain fluorescent dyes are available for the detection of physiologically active bacterial
cells by epifluorescence microscopy and flow cytometry. 6-carboxyfluorescein diacetate
(6CFDA), which is hydrolyzed to green-fluorescent 6-carboxyfluorescein by non-specific
esterases inside the cell, is useful in examining bacterial esterase activity [1-4]. 5-cyano-2,3-
ditolyl tetrazolium chloride (CTC), a tetrazolium salt, which is reduced by respiring bacteria
to a water-insoluble, red-fluorescent CTC-formazan, has been employed as an indicator of
bacterial respiratory function [3-9].

Fluorescent in situ hybridization (FISH) using rRNA-targeted probes has been used to
detect and identify bacteria in natural aquatic environment [10-12]. 2-hydroxy-3-naphthoic
acid-2'-phenylanilide phosphate (HNPP) and Fast Red TR in situ hybridization (HNPP-FISH)
[13], which enhances fluorescent signals eightfold compared to standard FISH with
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mono-FITC-labeled oligonucleotide probes, can be used to analyze bacterial community in
oligotrophic aquatic environment [14]. We used 6CFDA staining [3] for enumeration of
esterase-active bacterial cells and also HNPP-FISH technique [14] for analysis of bacterial
community structure in natural rivers.

Surface river water was collected at four sites (MN1, MN2, IN3 and NY4) in the
northern part of Osaka, Japan (Figure 1), on March 7, 1998. MN1 and MN2 on Minoh River
are located in a mountain area. MN1 is located upstream of MN2 and its environment is similar
to MN2. IN3 on Ina River is located in an industrial area. NY4 on Neya River is located in a
commercial area, Osaka Business Park, and domestic water flows into this river upstream.
Surface river water was also collected at five sites (KL1, KL2, KL.3, KL4 and SA5) on Kelang
River basin, Malaysia (Figure 1) on November 29, 1997. KL1, KL2, KL3 and KL4 are located
in Kuala Lumpur, and domestic water flows into these sites. SAS is located in an industrial area
of Shah Alam.

Table 1 shows physico-chemical water quality of the nine river water. Ambient temperature
and river water temperature on the sampling date in Japan were lower than 15°C, while those in
Malaysia were higher than 25°C. Total organic carbon (TOC) concentration indicates that
MN1 and MN2 are oligotrophic sites and other sampling points are eutrophic.

The number of colony forming units (CFU) determined by R2A medium [15], number of
esterase active bacteria and total bacterial number are shown in Figure 2. Total bacterial
number was determined by 4°,6-diamidino-2-phenylindole (DAPI)-staining. Estimates of
culturable bacteria on R2A medium accounted for 0.5 - 3 % of DAPI-stained bacteria at MN1,
MN?2 and IN3 of river in Osaka, Japan, 13 % at NY4 of Osaka, Japan and 12 - 31% of Kuala
Lumpur, Malaysia. The ratios of CFU to total bacterial number are quite different between

Figure 1. Sampling stations
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Table 1
Physico-chemical characteristics of river water

Property MNI MN2 IN3 NY4 KL1 KL2 KL3 KL4 SA5
Ambient temp. (PC) 83 82 130 146 257 275 262 290 326
Water temp. (PC) 80 60 11.0 168 269 274 260 278 286
pH 79 75 15 72 77 16 714 15 11

Total organic carbon (mg th 1.0 0.8 44 10 6.0 54 4.0 5.5 13

IN3 (2.5 %) and samples of Kelang River basin (12 -31 %) , while total bacterial number and
TOC values of these samples were similar (Figure 2, Table 1). The numbers of esterase active
bacteria (6CFDA(+)) were similar to CFU in the Malaysian river water samples, while
6CFDA(+) were five to 100 times higher than CFU in water samples taken from rivers in Osaka.
These data suggest that bacterial activity in tropical rivers should be different from that in
temperate rivers, while optimal medium and staining condition of 6CFDA for bacterial cells in
tropical river water samples may be examined in detail.

Bacterial community structure of seven river water samples were determined by HNPP-FISH
(Figure 3). The following oligonucleotides were used [14]: i) Flavobacterium -  Cytophaga

Figure 2 . Bacterial number in river water samples taken from Minoh River,
Ina River, Neya Rlver and Kelang River basin. [, colony forming units on
R2A medium. B, number of esterase-active bacteria determined by 6CFDA-
staining. W, total bactenal number determined by DAPI-staining.
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(5-AGGTACCCCCAGCTTCCATGGCT-3"), ii) Burkholderia-Rubrivivax-Bordetella (5'-
GTGTGCCGGTTCTCTTTCGAGCAC-3"), iii) Acinetobactor (5'-
GCGCCACTAAAGCCTCAAAGGCC-3"), iv) Vibrio-Aeromonas (5-
ACGACGCACTTTTTGGGATTCGCTCACTATCGCAAG-3"), v) Pseudomonas 1 (5'-
ATTTCAGCCTACCACCTTAA-3"), and vi) EUB338 (5-GCTGCCTCCCGTAGGAGT-3")
for domain Bacteria [16]. Forty to 70 % of total cells could be detected with EUB338 probe in
the river water samples used in this study. The bacterial community in river water samples taken
from Minoh River and Neya River in Japan was dominated by Flavobacterium-Cytophaga
group (10 % at MN1 and 30% at NY4) and Burkholderia-Rubrivivax-Bordetella group (10 %
at MN1 and 13 % at NY4). Predominance of Flavobacterium in temperate rivers and lakes
determined by cultivation-based methods has been reported [17-22] and our results are
consistent with those teports. The Acinetobacter group dominated (21 - 38 % of total bacterial
cells) in the samples from Kelang River basin, Malaysia. Bacterial community structure was
quite different between temperate river samples and tropical river samples.

In this study, we determined the bacterial enzymatic activity and bacterial community
structure in natural river water in Osaka, Japan and Kuala Lumpur, Malaysia. Twenty to 50 %
of total bacterial cells had physiological activity, and bacterial community structure was
dominated by Flavobacterium-Cytophaga group in temperate rivers and by Acinetobacter
group in tropical rivers. Further analysis of the physiology of members of the predominant
genera will increase our understanding of their roles in nature, and studies combining modern

Bacteria detectable by rRNA probes (% TDC)

Figure 3. Comparison of bacterial community structure
in river water samples taken from Minoh River, Neya River
and Kelang River basin
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molecular and traditional culturing-based techniques should give new insights into the
ecology of rivers.

Bacterial cells with low metabolic activity can be identified by in situ PCR [23], and could
also provide information about specific genes and their transcripts at a single cell level [24,25].
Bacterial community structure in these river water samples can be analyzed from the
functional point of view by this in situ PCR technique.

2. DENATURING GRADIENT GEL ELECTROPHORESIS (DGGE)

DGGE can separate DNA fragments whose length are the same but sequences are different
[26-33]. Since its initial application to environmental 16S ribosomal DNA, this molecular
technique has been used extensively in microbial ecology. The number of bands observed in
DGGE profiles provides an estimate of species richness. The relative intensity of each
band provides a rough estimate of relative abundance of each species. The bacterial
community structure of river water samples was analyzed by this DGGE technique [34].

Figure 4 shows the DGGE profiles of 16S rDNA fragments targeting domain Bacteria
obtained from river water. Natural river water was taken at KL1, KL3, KL4 (Kelang

Figure 4. DGGE analysis of PCR-
amplified 16S rDNA fragments
from river water.

lane 1, KL1;

lane 2, KL3;

lane 3, K1L4;

lane 4, NY4;

lane 5, MN2 in February,

lane 6, MN2 in May.
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River in Kuala Lumpur, Malaysia; Figure 1), NY4 (Neya River in Osaka, Japan; Figure 1) and
MN2 (Minoh River in Osaka, Japan; Figure 1). 16S rDNA fragments (position 933-1387)
were amplified with universal primers for bacterial tDNA sequence. A 40 base GC-rich
sequence was attached to the 5' end of one primer. The banding pattern of lane 1 is similar to
lane 2 and 3, but not to lane 4, 5 or 6. The pattern of lane 5 is similar to lane 6 but different
from the others.

Quantitative pattern analysis is essential to clarify the differences of bacterial community
structure between one sample and the other, which is indicated by the DGGE profiles, thus
metric multidimensional scaling (MDS) [35] was applied. MDS is a mathematical technique
which generates a spatial configuration map of data points where distances between points
reflect the relationships of individual data. MDS was applied to the DGGE banding pattern
analysis to illustrate the similarity of all possible pairs of each gel track. DGGE gel stained
with SYBR Gold was scanned with Fluorlmager (Molecular Dynamics) and digital image was
analyzed by Image QuaNT (ver. 4-2-J) to generate a densitometric profile. Similarity of the
banding pattern of each gel truck was calculated, based on the position and probability of the
band and analyzed by MDS analysis using SPSS 9.0J for Windows (SPSS Japan Inc.) at
Genome Information Research Center, Osaka University.

Figure 5 is a two-dimensional plot of MDS score. The positive and negative values placed
along the X and Y axis are simply for plotting purpose. By visual inspection of the
configurations, the banding patterns among Malaysian samples looked similar and those

among Minoh River samples appeared similar, but the pattern of the sample from Neya River

25
20 o lane 4
1.5+
[\l
g 1.0F
7 Figure 5. Two-dimensional
g 0.5 plot of multidimensional
A scaling stimulus scores for
0t otane 6 lane 1 DGGE banding pattern from
laged  river water samples.
-0.5} olane5 lane 2 lane 1, KL1;
lane 2, KL3;
-1.0 | | | | | lane 3, KL4;
' lane 4, NY4;

-2.0 -15 -1.0 -0.5 0 05 1.0 lane 5, MN2 in February,
Dimension 1 lane 6, MN2 in May.
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seemed different from the others. Since environmental samples usually show highly complex
DGGE banding patterns, a quantitative pattern analysis makes the DGGE method a
more powerful tool for analyzing microbial community structures. We have to note, however,
that the number and intensity of bands do not correspond to the number and abundance of
species actually present in the bacterial community, due to possible unknown PCR bias and
differences in gene copy number between species. Also, DGGE does not reflect minor species
in the environments. Despite these limitations, molecular methods can reveal the presence of
microorganisms that can not be detected by classical cultivation techniques.

In this study, we analyzed bacterial community structure in temperate rivers and tropical
rivers by DGGE. The results indicate their community structure, which was determined by
DNA extracted from total bacterial cells in the samples, should be quite different between
temperate rivers and tropical rivers, and they agreed with the results of community analysis
determined by fluorescent in situ hybridization at a single cell level.
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1.CLONE ANALYSIS OF SOIL ARCHAEA

1.1 Backgound about soil archaea

The cultivation of soil archaea such as methanogens is difficult and time consuming which
greatly hinders the analysis of soil archaeal flora. However, the use of 16S ribosomal DNA
(16S rDNA) or ribosomal RNA (rRNA) overcomes this difficulty as it can be carried out
without the need for cultivation.  These methods have proved to be a powerful tool for the
analysis of soil archaeal flora. The method of 16S rDNA sequencing was used by Oyaizu to
analyze the methanogenic flora of sludge from a methane-fermenting plant [1].  This paper
reports the use of this method for the archaeal flora analyses of paddy soils in Japan.

It is well known that there are many uncultured bacteria in the environments. In recent
years phylogenetic positions of the uncultured bacteria have been identified by 16S rDNA
sequence analyses [2-5]. Archaeal uncultured clones were detected in marine environments
[5.6] and hot springs [7,8]. A crenarchaeotal lineage, which was separated very deeply from
culturable crenarchaeota, was found to be predominant in marine environments [5].
Euryarchacotal clones were also detected in marine environments[6] and hot springs [7,8].
In the course of study about paddy soil archaea we found many unusual archaeal 16S rDNA
clones. This paper reports the existence of extremely unusual uncultured archaea in paddy
soils.

1.2.Materials and methods for soil archaeal flora analysis

1.2.1.Archaeal and bacterial strains

The microbial strains used were Methanobacterium wolfei DSM 29707,
Methanobacterium thermoformicicum strain FORI, Methanobrevibacter smithii DSM 861T,
Methanobrevibacter arboriphilicus DSM 11257 and SA (=DSM 7056), Methanosaeta
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thermoacetophila DSM 4774T, Methanosarcina mazei strain TMA, Eschrichia coli K12,
Aeromonas hydrophila IAM

12337, Bacillus licheniformis 1AM 13417, Citrobacter freundii IAM 12471, and Clostridium
butyricum 1AM 19240. M. arboriphilicus SA and M. mazei strain TMA were isolated from
paddy soil in Kumamoto, Japan by Asakawa et al.. [9,10]. Cells of M. wolfei DSM 2970, M.
thermoformicicum FORI, and M. thermoacetophila DSM 4774 were supplied by Drs. Y.
Kamagata and K. Nakamura, National Institute of Bioscience and Human-Technology,
Tsukuba, Japan, M. smithii DSM 861 and M. arboriphilicus DSM 1125 from Dr. G. Endo,
Tohoku Gakuin University, Tagajyoshi, Miyagi, Japan, and M. arboriphilicus SA and
M. mazei TMA from Dr. S. Asakawa, Kyushu National Agricultural Experiment Station,
Nishigoshi, Kumamoto, Japan.

1.2.2.DNA extraction from Methanogens and bacteria

The DNA of methanogens and other bacteria was extracted with benzylchloride as
described by Zhu et al.. [11]. This was cleaned using phenol extraction followed by RNase
treatment. DNA yields were measured using a spectrophotometer.

1.2.3.Design of primers

The primers were designed to amplify the region of DNA between position 1100 and 1400
of the 16S rRNA of archaea, based on sequences of methanogen 16S rRNA from the DNA
data base. The sequences used in primer design were those of genus Methanobacterium
(X68717, X71838, MS59124, M36508, and Z37156), Methanococcoides (X65537),
Methanococcus (M59125, M59126, M59128, M36507, and M59290), Methanocorpusculum
(M59147), Methanoculleus (M59129 and MS59134)  Methanogenium (M59130 and
M59131), Methanohalophilus mahii (M59133), Methanolobus (M59135), Methanopyrus
(M59932), Methanosaeta (M59146), Methanosarcina (M59137, M59138, M59140, and
M59144), Methanosphaera (M59139), Methanospirillum (M60880), and Methanothermus
(M59145).  From these data it is revealed that the 165 rRNA of methanogens does not
contain Eco RI and Sal I restriction enzyme sites. A Sal I restriction enzyme site was added to
the 5' end of the annealing region of the 1100F primer, and an Eco RI site was added to the
same region of the 1400R primer. The following two primers were designed: 1100F,
5S'AACCGTCGACAGTCAGGYAACGAGCGAG3'; and 1400R, 5'CGGCGAATTCGT-
GCAAGGAGCAGGGAC3'. The annealing region of each primer contained more than 3
nucleotide missmatches to the 16S rDNA of bacteria and eucarya.

1.2.4.Soils

The soils used for archaeal flora analysis were collected from the following paddy fields:
Yamaguchi University (Gray Lowland soil), Kagoshima University (Gray Lowland soil),
Saitama Agricultural Research Station (Gray Lowland soil), Yamagata-city (Gray Lowland
soil), and the University of Tokyo Yayoi plot (Ando soil). In Yamaguchi University the
soil samples were collected from three fields designated numbers 1, 2 and 3. The
Yamaguchi field No.2 was not fertilized. The Yamaguchi fields 1 and 3 were fertilized with
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chemical fertilizer at the rate of 10.9 kg of N, 13.7 kg of P,0s, and 13.9 kg of K,O per 10 an
every year. An additional 50 kg/a of rice straw compost was applied to field No. 1. The
field of Kagoshima University was not fertilized. At the Saitama Agricultural Experiment
Station soils were collected from three fields designated No. 1,2 and 3. The Saitama field
No.1 was not fertilized. The Saitama field No. 2 and 3 were fertilized with chemical
fertilizer at the rate of 5 kg of N, 8 kg of P,Os, and 3 kg of K,O per 10 a every year and 100
kg/a of wheat compost was applied to field No. 3.  In Yamagata-city a soil sample was
collected from a field which was managed by a local farmer however the composition of the
fertilizer applied to this field is unknown.  The plot from which soil samples were taken at
the University of Tokyo Yayoi (Ando soil) was not fertilized.

1.2.5.DNA extraction from soil

DNA was extracted from 3 g of wet soil pellet by the method described by Zhu et al. [11].
The crude DNA was purified with QIAGEN-tip 20 (QIAGEN Inc. Germany). The purified
DNA was electrophoresed on a 1% agarose gel, and the DNA fragments larger than 10 k bp
were extracted from the gel.

1.2.6.PCR conditions

16S rDNAs were amplified using the polymerase chain reaction (PCR) and the primers
discussed above. The PCR reaction mixture contained 1 unit of Taq polymerase, 50 mM
Tris HCI (pH 9.0), 50 mM NaCl, 10 mM MgCl, 200 mM each of dATP, dGTP, dCTP, and
dTTP, 20 pmol of each primer and 50 to 100 ng of template DNA in a total volume of 50 ml.
Each reaction mixture was heated at 94 °C for 90 sec followed by 35 cycles of 94 °C for 30
sec, 55 °C for 30 sec and 72 °C for 90 sec. This was followed by 72 °C for 180 sec.

1.2.7.Flora analysis of archaea in paddy field.

Flora analysis was carried out using the method described by Oyaizu [1]. Amplified
16S rDNA was digested with Eco RI and Sal I. The 16S rDNA fragments of approximately
300 base pairs were purified by agarose gel electrophoresis and subcloned into the Bluescript
SK+ phagemid vector.

For each soil sample approximately 50 colonies were picked up and ten to thirty clones
selected for sequence determination between the 1112 and 1379 positions according to the
Escherichia coli numbering system. Sequencing reactions were carried out using a Thermo
Sequenase fluorescent labelled primer cycle sequencing kit (Amersham International plc,
England), and a Perkin Elmer model 310 DNA sequencer. The sequences obtained were
compared with each other and sequences from the DNA data base. Identification of the
clones was carried out based on sequence similarity and signature sequences for each genus.

1.2.8.Cloning of 16S rDNA of soil novel organisms

The sequenced positions of 16S rDNA were from 1112 to 1379 in the Escherichia coli
numbering system. However, the sequenced nucleotides numbers, taken alone, were
insufficient for phylogenetic analysis. Other primer sets were synthesized specifically to
amplify the unusual 16S rDNA. The forward primers synthesized were AS11F
(STTCGTCGACGGTTGATCC YGSCRGAGGC) which corresponds to positions (in E.coli)
11 to 23 of archaeal 16S rRNA; AS343F (STTCGTCGACTACGGG GCGCASCAGGC)
which corresponds to positions 343 to 359; AS564F (5'AAC CGTCGACTGGGCCTAAAG-
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CGYCCGTAGC) which corresponds to positions 564 to 584; and AS908F
(S'AACCGTCGACAAAGGAATTGGCGGGGGAGCAC) which corresponds to positions
908 to 934. Reverse primers (complementary to 16S rRNA) were synthesized to be specific
to the unusual 16S rDNA based on the determined partial 16S rDNA sequences. The reverse
primers, which had sequence complementary to positions 1247 to 1229, were SC13
(5CGGCGAATTCTCCACCATTGTTGCGCG) and SW42 (5'CGGCGAATTCCCTAT-
CATTGTTGCGCG). These primers had Eco RI or Sal I restriction sites on the 5'end. PCR
reaction and cloning were carried out as described above.

1.2.9.Phylogenetic analysis of soil novel clones

For phylogenetic analysis, sequences were initially aligned using the program Clustal W
(version 1.7) [12], and manually realigned to remove some unalignable regions on domain
level. Phylogenetic analyses were carried out by using nucleotides in the regions of which
secondary structure was conserved among Eucarya, Bacteria and Archaea. The compared
sequences were positions 632 to 820, 880 to 996, 1041 to 1132, and 1142 to 1229. The
numbers of compared nucleotides were approximately 460. Maximum parsimony (MP) tree
reconstruction was performed using PAUP (version 3.1.1) [13]. Applied ratio of transition
and transversion was 2:1. A heuristic search was used with a random stepwise addition
sequence of 100 replicates, tree-bisection-reconnection branch swapping, MULPARS option.
A further analysis was run with 100 bootstrap replicates, each consisting of 10 random
additional replicates. Maximum likelihood analysis (ML) was carried out using program
package MOLPHY (version 2.3b3) [14]. Maximum likelihood distance matrix was
calculated using NucML and initial neighbor joining tree was reconstructed by NIdist in the
MOLPHY. Maximum likelihood tree was finally obtained using NucML with R (local
rearrangement search) option based on the HKY model [15]. Local bootstrap probabilities
(LBPs) was estimated by the resampling of estimated log-likelihood (RELL) method [16,17].
Neighbor joining (NJ) analysis was performed by using PHYLIP (version 3.572) [18].
DNADIST from this program package was used to create a distance matrix based on Kimura
"2 parameter” model [19]. This distance matrix was used to construct NJ tree using the NJ
algorithm from NEIGHBOR (PHYLIP 3.572) and bootstrap analyses utilized 1000 replicate
data sets.

1.3.Results and Discussion for soil archaeal flora analysis

1.3.1 Methanogen-like clones isolated from paddy soils in Japan

Signature sequences specific to each genus were determined based on their alignment.
The data for the genera Methanococcoides, Methanocorpusculum, Methanohalophilus,
Methanolobus, Methanopyrus, Methanosaeta, Methanothermus, and Methanospirillum
were limited (one sequence for each genus) which resulted in a reduction of the accuracy of
identifications based on their signature sequences. Because of this, the identification of
these species was also carried out by calculating sequence homologies between the clones
and sequences from the DNA data base. A total of 100 clones were sequenced, many of
which were shown to contain archaeal 16S tDNA. None of the clones contained 16S rDNA
from eucaryotes or other bacteria. Among the archaeal clones, eleven did not appear to be
methanogens because the sequence similarities between these clones and methanogen
sequences were very low (lower than 84 %). Some of these clones were related to the
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sequences of Crenarchaeota, which are known as extreme thermophiles or sulfur-dependent
archaea [20]. Others were related to marine planktonic archaea [5]. Of the 100 clones, 89
were identified as methanogens. Of the methanogens, 54% (48 clones) had
Methanosarcina-like sequences, 26% (23 clones) Methanogenium-like sequences, and 17%
(15 clones) Methanosaeta-like sequences.

1.3.2.S0il novel clones

Three clones, SC13, SW42, and GA23, seemed to be phylogenetically very far from
crenarchaeota and euryarchaeota. A representative species of crenarchaeota, Sulfolobus
solfataricus, showed average sequence homology of 77.8% to euryarchaeotal species, and a
representative species of euryarchaeota, Methanobacterium thermoformicicum, showed
average sequence homology of 79.7% to crenarchaeotal species.  The averages of sequence
homology between the three clones and crenarchaeota were from 70.8 to 73.5%, and those
between the three clones and euryarchaeota from 72.7 to 75.4%. Those values were smaller
than the values between euryarchacota and crenarchaeota. The primers used for
amplification were designated for archaea, and no clones were identified as bacteria or
eucarya. The three unusual clones also had archaeal signature sequences. Therefore, the
three clones are presumed to belong to a very deep lincage of archaea.

Above determined sequences were too short to draw phylogenetic tree. Then, we tried to
isolate longer clones. Primer sets of AS11F-SC13, AS11F-SW42, AS343F-SC13, and
AS343F-SW42 did not amplify the unusual 16S rDNA. Primer sets of AS564F-SC13 and
ASS64F-SW42 amplified target DNAs from two soil samples collected at Yamaguchi and
Kumagaya. However, 16S rDNA were amplified very clearly by primer sets of AS908F-
SC13 and AS908-SW42 for all soil samples. Sequences of ten cloned DNAs were
determined for futher analyses, and sequences of each clone were 82 to 98% similar to each
other.  The length of sequenced DNA ranged from 644 to 647 nucleotides.  Each
sequence formed secondary structure of 16S rRNA positions from 585 to 1228, and these
sequences seemed not to be chimeras.

Phylogenetic analysis of the data sets by maximum parsimony, neighbor joining, and
maximum likelihood all resulted in similar topologies. Finally we draw a tentatively
conclusive phylogenetic tree (Figure 1). However, the topology of phylogenetic trees was
not reliable when the bootstrap showed moderate to lower level. Deep branchings, such as
those between bacterial phylums, usually show relatively low bootstrap, and the different
branching topology was presented in various published papers, even though the same
molecule was used for these analyses. We next tried to find out signature sequences to
distinguish the novel soil clones from Archaea, referring to Woese's review [21]. The
signature sequences are shown in Table 1. Marine planktonic clones were recognized by
Fuhrman et al. [5]. Later, Mcinerney et al. [22] found clones belonging to the same lineage
in an abyssal deposit feeder. Fuhrman er al. [5] reported that the planktonic clones
belonged to the Crenarchaeotal lineage, but Mcinerney et al. [22] reported that the planktonic
and abyssal clones formed a discrete phylogenetic cluster that was separated from
Crenarchaeota and Euryarchaeota.  Signature sequence analysis (Table 1) revealed that the
signature nucleotides of planktonic and abyssal clones and "Korarchaeota" were identical to
those of Archaca. In contrast, the novel soil clones showed signature sequences that
appeared to be different from those of Archaea (including planktonic and abyssal clones and
"Korarchaeota"), Bacteria, and Eucarya. The differences that distinguished the novel soil
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clones from Archaea, Bacteria, and Eucarya were found in positions 688, 693, 699, 946, 1050,
1114, 1186, 1208, and 1235. Overall signature sequences seemed to show closer
relationships to Archaea and Eucarya than to Bacteria. Signature sequences that showed
close relationships to Archaea and Eucarya were positions 716, 912, 931, 952, 966, 1086,
1109, and 1110. The average sequence homology of novel soil clones to Crenarchaeota
and Euryarchaeota was 78.0%, a value much lower than the average value (83.7%) between
Crenarchaeota and Euryarchaeota.

Figure 1. Phylogenetic tree of life including soil novel clones.
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Table 1
16S rRNA sequence signature distinguishing Bacteria, Eucarya, Archaea,
planktonic and abyssal clones, and soil novel clones.

Position Novel Soil Archea” Eucarya Bacteria
688 C G G G
693 A R G mostly G
699 G Y C C
716 C C Y A
756 G G mostly A mostly C
912 U mostly U U mostly C
931 G G mostly G C
946 G A A A
952 C C C U
962 Y G U mostly C
966 U U U G
973 R C G mostly G
975 mostly A G G mostly A

1050 A G G G
1086 C mostly C C mostly U
1087 C C mostly U mostly G
1109 A A A C
1110 G G G A
1114 U C Y C
1186 A G mostly A G
1208 mostly U C mostly C C
1235 A U 6] U

*includings planktonic abyssal clones and “Korarchaeota”

Following the proposal of Archaebacteria as a category, most biologists and
microbiologists havecome to accept a life systematics with three major lineages.
Subsequently, discussions on the early evolution of life focused on the possible origins of
eukaryotes. Although the small subunit ribosomal RNA could not show the close
relationship between Archaea and Eucarya, the close relationship of the two domains was
gradually realized from various evidences, such as similarity in second largest subunit of
RNA polymerases [23], transcriptional machinery [24], elongation factor Tu and G [25], a
U3-like RNA in rRNA processing [26], and presence of histone-like protein [27]. The
composite phylogenetic tree of primordially duplicated proteins conclusively demonstrated
the close relationship [23,28].  Accordingly, the three domain system, which describes
close relationships between Archaea and Eucarya, was proposed [20,29], and this system has
been widely accepted.  However, a conflicting system was proposed by Lake and his
colleagues [30,31] before the proposal of three domain system.  The Lake's category of
eocyte was established based on the morphology of ribosome [31] and was very often denied
[32]. Lake and colleagues [30,31] insisted that the eocyte, which is equal to the
crenarchaeota, would be ancestral lineage of eukaryotes.  The category of eocyte still gains
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its standpoint because the peptide sequences of several proteins place the eocyte in the
ancestral position of the Eucarya [23,25,33].  If the novel soil clones are placed in an
intermediate position between Archaea and Eucarya, the organisms from which the clones
derived will be vital to any discussion of the origin of eukaryotes.

1.3.3.Image of soil novel organisms

It is very difficult to imagine the new lineage of life. However, we can draw its faint image
from the G+C content of 16S rDNA, and from the data on natural distribution. The
Crenarchaeota showed higher G+C contents than the other groups.  High G+C content of
the Crenarchaeota probably related to its thermophilic characteristic.  The Euryarchaeota is
comprized mostly of mesophilic species, and its members showed lower G+C contents than
Crenarchaeota. Judging from the G+C contents of novel soil clones, the novel organisms
would be supposed mesophilic.  In this paper and in a previous paper [34], we reported that
the ratio of novel soil clones in Japanese paddy soil to total methanogen clones was 3.4%.
The cell numbers of methanogens per gram of wet soil had been reported in the range of 10°
to 10° [35].  Therefore, supposing that the clone analysis was proportionate to the cell
number of novel soil organisms and methanogens, one gram of soil contains at least 10° cells
of the novel soil organisms. In order to examine distribution of the novel organisms in the
environments, we designed an oligonucleotide primer 970F (5'AATYYAA-
CTCAACGCRGAG) having a sequence that is identical to positions 959 to 976 of 168
TRNA of the novel organisms.  The presence of the novel soil organisms was tested with a
primer set of 970F and SC13 for paddy soils, upland soils, and forest soils collected in Japan.
The result showed that the novel organisms were detected in all of paddy soils, but in none of
upland and forest soils, suggesting that the novel soil organisms are anaerobic.

In the present study we discovered a novel phylogenetic cluster of life in the soil DNAs.
This phylogenetic cluster showed a unique signature sequence in 16S rDNA.  The cluster
was also diverse phylogenetically. We have not yet recognized the organisms from which the
novel clones derived but existence of soil novel microorganisms were detected in paddy by in
situ hybridization. Detected cell was cocci and many cells were not detected because of
impurities of soil. Soil novel organisms specific probes were not bound to Archaea. Only
Archaea specific probe in mixed primers was bound to pure cultured test strains. Although
detected cells were very few, however, the organisms are presumed to inhabit paddy soils
ubiquitously, and average frequency of approximately 10° to 10° cells per g wet soil, and this
would indicate an important role in the soil anaerobic ecosystem. If these organisms are
cultured, they will one day provide useful information of not only on microbial ecology, but
also on the early evolution of the Eucarya.

2.GROUP TARGETED CLONE ANALYSIS OF ENHANCED BIOLOGICAL
PHOSPHATE REMOVAL SLUDGE

2.1.Background about enhanced biological phosphate removal processes

Alternating anaerobic-aerobic tteatment on the activated sludge has been known to remove
phosphorous from wastewater, which is called enhanced biological phosphate removal
processes (EBPR).  Many studies have been carried out to reveal the key microorganisms
which play an important role in the EBPR [36-40].  Studies with isolation techniques
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suggested that the members of Acinetobacter spp. were the dominant microorganisms in the
EBPR [41,42]. However, there were critical discrepancies to link the EBPR and the members
of Acinetobacter species. The most critical is that the carbon and phosphorus
transformation patterns of Acinetobacter species are not consistent with those of the EBPR
sludge [43,44).

The cultivation on the agar media is highly selective and never reveals real microbial
structure.  Then, in recent years, culture-independent techniques such as in situ
hybridization [36,45-47], clone analysis [48,49], quinone profile analysis [40,46], and
denaturing gradient gel electrophoresis analysis (DGGE) or thermal gradient gel
electrophoresis analysis (TGGE) [50] have been applied to the EBPR microbial community.
These culture-independent studies showed that members of Acinetobacter species never play
an important role in the EBPR processes. Recent studies strongly suggested that the Gram
positive with high G+C bacteria and alpha proteobacteria are performing phosphate
accumulation [46,47]. In this study we carried out clone analyses targeted to Gram-positive
high GC bacteria and alpha proteobacteria, and try to get some information about bacterial
community of EBPR sludge.

2.2.Material and methods for group targeted clone analysis of enhanced biological
phosphate removal sludge

2.2.1.DNA preparation from the EBPR sludge

The sample was obtained from a laboratory scale continuous anaerobic-aerobic activated
sludge process. The reactor was fed with synthetic wastewater containing acetate,
propionate, peptone, and yeast extract as the main carbon sources. The anaerobic retention
time and the aerobic retention times were 1.9 hour and 4.6 hour respectively, and the sludge
retention time was 10 days. Return sludge ratio was 100%. Mixed liquor suspended solid
was around 4000 mg/], and the phosphorus content was around 4 to 5 percent of the mixed
liquor suspended solid. DNA was extracted from 100 mg of wet EBPR sludge by the
method described by Zhu et al. [11].  The crude DNA was purified with QIAGEN-tip 20
(QIAGEN Inc. Germany).

2.2.2.Primers and PCR condition

Primers for Gram positive high GC group were Hge-1,
S’TTCGGGTTGTAAACCTCTTTC3’, which corresponds to positions 420 to 440, and Hgc-
2, 5’CCCCRATCCG-AACTGAGACCG3’, which was complementary to positions 1292 to
1312.  Primers for alpha proteobacteria were ALF1, S"TTGATCCTGGCTCAGARC3’,
which corresponds to positions 13 to 30, and ALF2, CGAATTTCACCTCTACACTC3’,
which was complementary to positions 700 to 719. PCR condition was same as that
described in 1.2.6.

2.2.3.Group targeted clone analysis of EBPR sludge

Amplified 16S rDNA was directly cloned into T vector pt-Adv (Clontech). For Gram
positive high G+C group approximately 100 colonies and for alpha proteobacteria
approximately 50 colonies were picked up and sequenced. Sequencing reactions were
carried out by the methods described in 1.2.7.
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2.2.4.Phylogenetic analysis

For phylogenetic analysis, sequences were initially aligned using the program Clustal W
(version 1.7) [12], and manually realigned to remove some unalignable regions. Neighbor
joining (NJ) analysis was performed for Gram positive and alpha proteobacterial clones by
using PHYLIP (version 3.572) [18]. DNADIST from this program package was used to
create a distance matrix based on Kimura "2 parameter” model [19]. This distance matrix was
used to construct NJ tree using the NJ algorithm from NEIGHBOR (PHYLIP 3.572).

2.3.Results and discussion for group targeted clone analysis of enhanced biological
phosphate removal sludge

Phylogenetic trees were drawn in Figure 2 (Gram positive bacteria with high G+C
contents) and Figure 3 (alpha proteobacteria). All of sequences retrieved from PCR
products amplified with Gram-positive high GC primers and alpha proteobacteria primers
were included in respective expected clusters in a phylogenetic tree. Of 40 Gram-positive
high GC clones included in Figure 2, 35 clones were closely related to Dermatophilus
congolensis, two clones to Terrabacter species, two to Archanobacterium, and one to
Mpycobacterium-Nocardia cluster. Terrabacter species and Dermatophilus congolensis
were on very near clusters. Therefore, 37 of total 40 clones were distributed in a very close
cluster. Our result for Gram-positive high GC bacteria well coincided with those reported
by Christensson et al. [49]. Clones of Microlunatus phosphovorus, which was suspected as
polyphosphate accumulating organisms (PAOs) [49,51,52], were not obtained in this study.
Kawaharasaki et al. reported that the cell numbers of Microlunatus in the EBPR sludge
detected by FISH method were rather small [47]. Therefore, our result of clone analysis is
consistent with the observation by Kawaharasai et al. The sequences of nineteen clones
of alpha proteobacteria were included in Figure 3. These clones distributed widely in alpha
proteobacterial clusters.  Seven clones were closely related to the spiral bacteria,
Azospirillum brasilense, Rhodocista centenaria, and Rhodospirillum rubrum, and five to the
members of genera Paracoccus, Roseobacter, Amaricoccus, Tetracoccus and Silicibacter,
four to Rhizobium species, and one to Caulobacter species. Clone 2 and 11 formed a cluster
separated from the other major clusters of alpha proteobacteria.

Morphological characteristics of PAOs and Glycogen accumulating bacteria (G bacteria)
has been studied by selective staining methods. It was revealed that very short and mostly
irregular rods stained Gram positive or negative are accumulating polyphosphate in the cells
[46,47).  Tetrad-arranged cocci do not accumulate polyphosphate and are suspected to be G
bacteria [46]. One of the tetra coccus was isolated and classified as Tetracoccus cechii [53].
As mentioned above 35 of total 40 Gram positive high GC clones were closely related to
Terrabacter species and Dermatophilus congolensis. Cells of Terrabacter are very short
irregular rods which seems to be cocci. Cells of Dermatophilus congolensis are also very
short rods forming chains. The dominance of these clones in the Gram-positive high GC
clone library and morphological characteristics of cultivated close relatives leads to the idea
that the organisms would be PAOs. The close relatives of tetrad-arranged cocci,
Tetracoccus cechii, belonged to one of the dominant groups in the alpha proteobacterial clone
library, and they are suspected to be G bacteria. The most dominant clones in the alpha
proteobacterial clone library are close relatives of spiral bacteria. Spiral bacteria are not
dominated in the EBPR sludge. However, Rhodocista centenaria and most of the members
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of the genus Azospirillum are very short spirals which sometime seems to be irregular rods.
Therefore, the close relatives of spiral alpha proteobacteria are also suspected to be PAOs.
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Figure 2.Phylogenetic tree for Gram positive high GC clones obtained from EBPR sludge
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A lab scale thermophilic aerobic wastewater treatment reactor was operated using peptone
and starch as primary carbon sources, and the microbial community was analyzed mainly by
denaturing gradient gel electrophoresis (DGGE) of PCR-amplified 16S rDNA partial
sequences (PCR-DGGE). The temperature began to rise on day 2 and varied cyclically
between 30-65 oC after each batch feeding from day 10. PCR-DGGE indicated changes in the
community profile, which was almost unchanged after day 23. DGGE bands were further
excised and sequenced to identify the species of the DGGE bands. According to the
quantification of DGGE bands intensity, population dynamics of those species are discussed.
Gram positive bacteria with low G+C content predominated since day 2 and among that,
Bacillaceae was probably dominant. Relatives of B.licheniformis, B.pumilis and
B.thermocloacae were abundant during the stable state. Interestingly, not only facultative
thermophilic Bacillus but also obligate thermophilic and mesophilic Bacillus seemed to
appear in the reactor during the stable state, in spite of the temperature variation.

1. INTRODUCTION

Thermophilic contact oxidation process (TCOP) is a novel and unique process to treat high
strength organic wastewater. TCOP can achieve oxygen supply for aerobic degradation,
which is difficult for highly concentrated wastewater, by absorbing wastewater to water
absorbent media, such as wood chips. Organic compounds of the wastewater are aerobically
degraded on or in the wood chips. Another characteristics of TCOP is extremely high ratio of
degradation. More than 90% of organic matter can completely be degraded into carbon
dioxide [1]. Moreover, water is evaporated due to the aeration under high temperature
because of the degradation heat.

Microbiology in this process has not been clarified yet. Thus, it is not known yet how and
why such high degradation ratio which is unusual in the normal aerobic degradation can be
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achieved. In addition, the reason why operation of the process sometimes fails due to no
temperature rise must be elucidated for further application.

Molecular biological techniques are suitable to analyze whole microbial communities.
Among them, denaturing gradient gel electrophoresis (DGGE) of PCR-amplified gene
fragments coding for 16S rRNA (PCR-DGGE method) has recently been utilized to
determine the genetic diversity of natural microbial communities [2,3]. By using DGGE,
DNA fragments of the same length but with different base pair sequences, such as PCR
fragments obtained from a mixed culture, can be separated. Similarity of microbial
communities can be analyzed from electrophoresis patterns [2] and bands can further be
excised from gels and sequenced to identify the phylogenetic affiliation of the community
members [4].

In the present study, A bench scale TCOP reactor was operated using peptone and starch
as primary carbon sources and microbial community was analyzed mainly by PCR-DGGE
method. It was utilized to determine population dynamics at species/strain level. DGGE bands
were excised and sequenced to elucidate species that constituted the community. According to
the results of community analysis, community structure and its variation were assessed in
relation to process performance.

2. MATERIALS AND METHODS

2.1. Operation and monitoring of TCOP reactor

The experimental set-up is shown in Figure 1. The working volume of the reactor was 10
liters, and 6 liters of wood chips sized 2-4 mm were installed as media. To maintain a
constant rate of heat loss, the reactor was placed in a styrofoam box and the temperature
outside the reactor was controlled at 4 °C lower than inside it. The media were mixed slowly
and continuously by the mixing blades in the reactor.

The reactor was fed with 300 ml of the synthetic wastewater every other day. The
synthetic wastewater contained 82 g/l soluble starch, 82 g/l peptone, 41 g/l sucrose and 41 g/l

Figure 1. The experimental set up of the reactor.
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yeast extract, and its carbon and nitrogen content was 11 gC/1 and 1.6 gN/I, respectively. At
the beginning of the operation, 600 ml of the synthetic wastewater was added to the reactor
and mixed with the media. Then, the reactor was inoculated with 60 g (dry weight) of semi-
aerobic compost. The reactor was aerated at the rate of 1.8-2.0 1/min (300-370 1/[m3
chip]/min). The aeration rate was measured precisely by a mass flowmeter. Carbon dioxide
concentration in emission gas was monitored by CO2 meter (LX-710, [ijima electronics,
Aichi, Japan).

2.2. DNA extraction and PCR amplification

Samples for community analysis were taken from the reactor at the times shown in Figure
2. Half gram of the samples were immersed in 5 ml sterilized phosphate-buffered saline
(1xPBS; pH7.2) and the immersion was sonicated for 5 min at 15 W (Branson Sonifier 450,
Krautkramer-Branson, Penn., USA). The suspension was filtrated with a coarse filter paper
(No.1, Advantec-Toyo, Tokyo, Japan) to remove large particles and stored in liquid nitrogen
until use.

One milliliter of suspended samples were washed with TE buffer and genomic DNA was
extracted with benzyl chloride followed by ethanol precipitation as described by Zhu et al.[5].
Primers complementary to conserved regions were used to amplify a 194-bp fragment of the
16S rDNA corresponding to nucleotides 341 to 534 in the E.coli sequence [3]. The nucleotide
sequence of the forward primer, which is specific to eubacteria (357f; 5'-
CCTACGGGAGGCAGCAG-3"), contains at its 5' end a 40-base GC clamp (357fGC; 5'-
CGCCCGCCGCGCGCGGCGGGCGGGGECGGGGGCACGGGGGGCCTACGGGAGGCA
GCAG-3") [3]. The universal consensus sequence was used as a reverse primer (518r; 5'-
ATTACCGCGGCTGCTGG-3"). PCRs were performed by using AmpliTag Gold DNA
polymerase (Applied Biosystems, Perkin Elmer Japan, Tokyo, Japan) according to the
instructions provided by the manufacturer. Thermalcycler we used was TaKaRa
Thermalcycler (Takara Biotechnology, Tokyo, Japan). PCR cycling parameters are as
follows. PCR mixtures were preincubated at 94 oC for 9 min to activate DNA polymerase.
Denaturing was carried out at 94 °C for | min, annealing was performed at 53 °C for 1 min,
and extension was performed at 72 °C for 2 min. This cycle was repeated for 35 times, and
then incubated at 72 °C for 10 min for the final elongation. All PCR products were analyzed
by electrophoresis with 4% (w/v) agarose gels before DGGE analysis was performed.

2.3. Analysis of PCR products by DGGE

DGGE was performed according to Muyzer et al. [3] with small modifications. Before
loading to the DGGE gel, PCR products were incubated at 95 °C for 5 min, at 65 °C for 1 h
and gradually cooled to room temperature to avoid non-complementary annealing of DNA.
Gels for DGGE were 8% polyacrylamide gel (8% acrylamide and N,N-methylene-
bisacrylamide solution [37.5:1 {v/v} ], x% [v/v] formamide, y M urea and 1x TAE)
containing a linear gradient of the denaturant concentration ranging from 35% to 50%.
Denaturant concentration of 100% corresponds to x=40 and y=7. Denaturing gradient gels
were prepared by using Model 475 gradient delivery system (Bio-Rad Laboratories, Calif.,
USA). The gels were run by D Code system (Bio-Rad) for 300 min at 60 °C and 130V.
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After completion of electrophoresis, the gels were stained with Vistra Green (Amersham
Pharmacia Biotech, Tokyo, Japan) by spreading the staining solution on the gel for 15
minutes, and documented by fluorescent image scanner (Fluorimager 595, Molecular
Dynamics, Calif., USA). Intensely stained bands were excised from the gels and soaked into
50pl of sterilized water. DNA was recovered from the gels by freeze-thawing more than 3
times.

2.4. Similarity analysis of DGGE banding patterns

DGGE banding patterns were compared to each other by using the dissimilarity index,
which was calculated as follows. Fluorescent intensity of the bands was quantified by using
the ImagequaNT tool provided with Fluorimager 595. The ratio of the intensity of a band to
the sum of the intensity of all the bands in a sample was defined as 'relative intensity of the
band'. Bands that had the same location among different samples were assumed to have the
same sequence and named with the same band numbers. The dissimilarity index [6] was
calculated for every two samples as follows:

D(i,j)=1/2Z | xik -xjk | , M
where
T xik=ZXxk=1 (2)

and xik and xjk are the relative intensity of the band % in the sample i and j, respectively. If a
band appeared only in one sample, the relative intensity of the other band was defined as zero.
Clustering of each sample by the group average linkage method was performed by
NEIGHBOR tools in the software package PHYLIP 3.5 based on the dissimilarity index.

2.5. Sequencing

DNA fragments recovered from the DGGE bands were reamplified with the forward
primer 357f including an additional sequence extension (T3; 5'-
AAAATTAACCCTCACTAAAG-3") at its 5' end and the reverse primer 518r with an
extension (M13r; 5'-AAATTCACACAGGAAACAG-3") at its 5' end to facilitate DNA
sequencing [4]. PCR conditions were all the same as the first amplification except the cycle
number. The cycle number was reduced to 25 times to minimize the amplification of
contaminants. The newly obtained PCR products were directly sequenced with SQ-5500
automatic sequencing system (Hitachi, Tokyo, Japan). Sequencing reactions were done by
using the Vistra Sequencing Kit (Amersham) with T3 and M13r primers labeled with Texas
Red according to the instruction provided by Amersham and Hitachi.
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3. RESULTS

3.1. Performance of the reactor

Temperature in the reactor throughout the operation is shown in Figure 2. The temperature
reflects bacterial activity very well because it rises due to the heat by the decomposition of
organic materials. The temperature started rising after two days, and on the day 4, it reached
65 °C. As the mixing motor stopped from day 4 to 6 due to an accident, the temperature did
not rise during this time because of the lack of oxygen supply. The temperature started rising
again after the recovery of the mixing, and it changed periodically from day 30 to day 70.
After day 70, temperature rise deteriorated gradually and from day 80, no temperature rise
occurred.

A carbon balance was performed on the system using the degradation ratio, which was
defined as the ratio of CO2-carbon discharged in two days divided by organic carbon fed in a
batch. It was 40 to 100% from day 20 to day 58 (Figure 3). After day 58, no data was
available because the CO2 meter was broken. Degradation of organic matter accumulated in
the reactor may result in the values over 100%. About 80% of total organic carbon input was
converted to CO2 and discharged from the reactor by day 58.

3.2. PCR-DGGE analysis

Figure 4 shows the result of the PCR-DGGE analysis. The banding pattern of day 0, i.e.
inoculum, was completely different from that of day 1. The patterns were quite simple until
day 8, but became diverse after day 11. From day 23, they seemed to become stable until the
end of the operation. Similarity analysis of the banding pattern was conducted and the result
is shown as cluster analysis (Figure 5). They could be classified into 3 clusters: 1) day 1 to 8,
2) day 11 and 15, and 3) day 23 to 87. The band pattern of day 0 (inoculum) was excluded
from similarity analysis because it was completely different from that of day 1 and no band
was at the same location.

3.3. Sequencing of DGGE bands

Prominent DGGE bands from the samples on day 4 and day 31 and some other distinctive
bands were sequenced to elucidate the affiliation of constituents of the communities. Table 1
shows the results of homology search for the sequences of the DGGE bands. Three bands,
SP31-2, SP4-3 and SP4-8, have completely identical sequences (100% homology) with the
described species, minimum homology was 92% and average was 96.3%. By judging from
the location of the bands, bands at the same location of those sequenced were assumed to
have the same sequences and summarized in the table. Actually, several sets of bands with the
same location were sequenced and all of them had the identical sequences. Moreover, in order
to facilitate the analysis, we classified the bands into 8 groups in accordance with their
similarity (Table 1).

3.4. Population dynamics in DGGE banding patterns
Intensity of the bands were measured, summed up in each bacterial group 1 to 8 in Table
1. The percentage of the groups to the sum of all visible bands were calculated. Figure 6
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Table 1

Sequencing and identification of bands and their fate. The DGGE lanes, i.e.sampling date,
which have a band at the same location as the sequenced bands, are marked'+'. The bands
are classified into 8 groups according to their similarities.

Bands Day

No.Name 12 4 8 11 1523313744 5872 87 Highest similarity¢ Group
a SP4-1 +++ + ++ + + + + + B.oleronius 1
b SP312 ++ + + + + + + + + Staphyl.sciuri 7
¢ SP43 ++ + + + + + Eco.saccharolyticus 8
d SP314 + + + B.licheniformis 1
e SP31-5 + + + 4+ 4+ + + + B.firmus -
f SPI1-5 + + Mcc.carouselicus -
g SP48 ++ + + + + + + Lcclactis 6
h SP31-6 + + + + + B.licheniformis 1
i SP49 ++ + + Scc.thermophilus 1
j  SP31-7 + + + + + + + B.thermocloacae 2
k SP31-8 + + + + + + + + + + B.licheniformis 1
1 SP23-11 + + + + + + + B.licheniformis 1
m SP31-10 + + + + + + + + B.licheniformis 1
n SP15-10 + + + + + B.lentus 4
o SP58-10 + + + + + + B.benzoevorans 3
p SP31-12 + + + + + B.thermocloacae 2
q SP4-13 + + + + B.badius 3
r SP31-13 + + + B.thermocloacae 2
s SP31-14 ++ + + ++ + + + + + B.cohnii 3
t SP44-15 ++ 4+ ++ + + + + + B.pumilus 3
u SP11-17 + 4+ + + + + B.fastidiosus 5

@ B. :.Bacillus, Staphyl. : Staphylococcus, Eco. : Enterococcus, Mcc. : Macrococcus,
Lcc. : Lactococcus, Sce. : Sacharococcus.

shows the fate of each group by the band intensity. Group 1, B. licheniformis and its relatives,
predominated after day 8. The profiles of the groups in each sample were quite stable after
day 23 except group 6, Lcc. lactis and its relatives, appeared again after day 44.

4. DISCUSSION

4.1, The community structure and its dynamics

All 21 sequences had high similarity only to Bacillaceae (in Ribosomal Database
Project[7], Bacillus-Lactobacillus-Streptococcus subdivision) and so they all could be
classified into Bacillaceae, which includes genus Bacillus, Lactococcus, Enterococcus,
Staphylococcus, Macrococcus, and so on. Bacillaceae is affiliated in Gram positive bacteria
with low G+C content (GPBLGC). This result was consistent with that of the quinone profile
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analysis (detailed data not shown). From day 2 on, major quinone molecules were MK-6 and
MK-7, especially MK-7 after day 11[8]. Bacteria with MK-7 as a major respiratory quinone
molecule are GPBLGC and Cytophagales[9], but Cytophagales were not observed by FISH
(Fluorescent In Situ Hybridization) with probe specific to Cytophagales[8]. Thus, we could
conclude that GPBLGC, and most probably Bacillaceae, was predominant after day 2.

In order to know the population dynamics at species/group level, we quantified the band
intensity and describe the predominancy (Figure 6). We must be aware of several biases when
using the result. First of all, nucleic acids are not evenly extracted from various bacterial
species. Some species are known to be fastidious and difficult to extract with normal DNA
extraction method. The second one is the PCR bias. The degree of multiplication by PCR
method is different depend on DNA sequences. Moreover, location of the DGGE bands, or
the degree of migration may affect the intensity of bands. However, we can still estimate the
predominancy of bacterial species to some extent if we keep those limitation in mind.

0 —aA—B.licheniformis ~ —8— B.thermocloacae |
0% r —a&—B.pumilus —o—B.lentus ‘
60% | —e— B fastidiosus ;

50%
40%
30%
20%
10%

0%

a) Days

70%

60% —&—Lcc.lactis
—8—Staphl.sciuri

50% —¥—Eco.saccharolyticus

40%
30%
20%
10%

0% L i

0 10 20 30 40 50 60 70 80 90
b) Days

Figure 6. Predominancy of the bacterial groups calculated by the band intensity in
eachsampling day. The percentage is the ratio to the total intensity of the visible bands in
aDGGE lane. G1-G8 in the legends shows the group numbers in Table 1. a): genus Bacillus;
b) other bacteria.
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At the beginning of the operation, bacteria other than genus Bacillus, such as Lactococcus,
Staphylococcus and Enterococcus, were predominated in the reactor. However, after day 4, B.
licheniformis group became the most abundant. Other Bacillus group also appeared and non-
Bacillus groups occupied the minor part. The composition of the groups did not change so
much after day 23.

4.2. Process performance and community structure

The trends in temperature change can be separated into 4 periods. From day 0 to day 10,
the thermophilic cycle started but an accident kept the reactor at low temperature later on.
After the accident was recovered, periodical temperature cycles occurred except three batches
until day 30. From day 30 to day 70, completely periodical temperature cycle was observed.
The highest temperature in a batch decreased from day 70 and it did not rise from day 80 on.
We call them as the initial period, the semi-stable period, the stable period, and the
deteriorated period. This separation is in quite good agreement with the cluster analysis of the
DGGE bands (Figure 5). Thus, the community structures were highly related to the
temperature change. The relationship between the process performance and community
structures were discussed in the four periods as follows.

During the initial period (from day 0 to day 10), some mesophilic fermentative bacteria
like Enterococcus, Lactococcus and Staphylococcus were found. Enterococcus and
Lactococcus can degrade starch and sucrose only fermentatively [10,11]. Thus, they
fermented starch and sucrose in the substrate but contribute little to temperature rise owing to
small energy generation in fermentation. On day 8, the DGGE band pattern was more similar
to day 2 than day 4 (Figure 5). Those non-Bacillus mesophiles again became predominant
(Figure 6). This result may have been linked to the decrease in reactor temperature between
days 4 and 8 (Figure 2). In contrast, composition of the band intensity on day 4 was similar to
that of day 11 and later. DGGE bands such as SP31-5, SP31-8 SP58-10, and SP31-14
appeared on day 4, disappeared on day 8 and reappeared after day 11. They were probably
unknown obligate thermophiles although most of their closest relatives were mesophilic
bacteria; B.firmus, B.benzoevorans and B.cohnii.

From day 10 to 30, the reactor performance was almost stable. The DGGE banding patterns
showed that the community structure shifted to a stable state. The non-Bacillus mesophiles
decreased and almost disappeared. Instead, obligate thermophilic Bacillus, B. thermocloacae
appeared and stayed in the reactor until the end of the operation. B. licheniformis, facultative
thermophilic Bacillus, got the predominancy in the community.

The performance of the reactor and the community structure was stable from day 30 to day
70. The community was composed primarily of Bacilli, including the close relatives of
B.thermocloacae (obligate thermophile), B.licheniformis (facultative thermophile) and
B.pumilis (mesophile). The group of B.licheniformis was the most abundant among them.
Facultative thermophiles have an advantage under the conditions in this experiment because
they can grow under both mesophilic and thermophilic conditions, which occurred in every
batches. B.licheniformis can utilize starch and sucrose[12], and so they could grow in the
reactor fed with those substrate. Moreover, some obligate thermophilic and mesophilic Bacilli
also played some role on the reactor performance. They might be activated under suitable
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temperature conditions and became dormant under adverse conditions. Generally speaking,
Bacilli are tolerant under adverse conditions.

Even after the performance deteriorated and the temperature ceased to rise after feeding
(day 80), the community structure seemed to remain constant according to DGGE. Thus, this
deterioration was not caused by community change, but by some physical conditions. A
probable reason is the moisture content of the media. It was 50 to 65% from day 10 to 60 but
it rose above 70% after day 70. High moisture content reduces the diffusion rate of oxygen
and hinders active aerobic metabolism. In composting process, it was reported that
composting is impossible at the moisture content of 70% [13].

5. CONCLUSIONS

In the present study, microbial community structure in a TCOP reactor was determined by
using PCR-DGGE and the sequences of the DGGE bands. The community structure and its
dynamics could be related to the process performance comprehensively. Under high
performance of TCOP, facultative thermophilic Bacillus, namely B.licheniformis, may
predominate, but also obligate thermophilic Bacillus and mesophiles may play some role in
the reactor. Based on the results, however, more quantitative methods such as FISH with
genus/species specific probes or dot-blot hybridization must be employed to elucidate more
precise composition of the communities to know better about reactor performance by
community structures.
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Relating function and community structure of complex microbial systems using
neural networks
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Our ability to incorporate data that is obtained by using high throughput molecular
techniques such as DNA based community fingerprinting, whole genome expression analysis,
and protein spectrum analysis, into mathematical models is extremely limited. These
techniques generate thousands of data points but only few and the most obvious relationships
can be established, often only qualitatively. For the information to be useful for the control
and management of a biological system, we must be able to quantify and establish the
underlying relationships between community structure and function, preferably by
mathematical tools. Currently, such mathematical tools do not exist since the underlying
relationships between molecular data and function are too complex to be formulated. It is
expected that approaches such as artificial neural networks (ANN) that do not require a priori
knowledge of such relationships may be able to fill this gap. This study presents data on the
application of ANN to link the function and community structure of two quadruplicate sets of
laboratory-scale methanogenic microbial communities under shock load conditions. The
community structure was characterized using terminal restriction fragment length
polymorphisms, amplified ribosomal DNA restriction analysis, sequencing, and phase
contrast and fluorescent microscopic techniques with image analysis. The results of this study
indicate that ANN is a powerful tool to establish links between function and community
structure provided sufficient data sets are available for training and testing of the network. In
addition, it may also be useful to identify important microbial populations that correspond to
various functions, which is not generally possible by other means. The limitations of neural
networks to analyze data pertaining to complex microbial systems is also elucidated.
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1. INTRODUCTION

A number of techniques are now available for the characterization of microbial community
structure (Table 1). They are generally based on the abundance of various types of nucleic acid,
cell wall component, and morphological characteristics. Examples are: terminal restriction
fragment length polymorphisms (T-RFLP; based on 16S rDNA gene fragment), amplified
ribosomal DNA restriction analysis (ARDRA; based on clone abundance), microscopy with
image analysis (based on morphotype quantification), and membrane hybridization of 16S rRNA.
However, their use for predictive and control purposes through mechanistic mathematical

models is non-existent and often impossible.

Table 1
Methods for community structure analysis
Method Purpose
1. Terminal restriction fragment  obtain 16S rDNA fragment
length polymorphism fingerprint of a community
2. Amplified ribosomal DNA obtain 16S rDNA fingerprint of a
restriction analysis community
3. Denaturing gradient gel obtain DNA fingerprint of a
electrophoresis community
4. Microscopy/image analysis obtain distribution of shapes and

sizes of population(s)

5. Reverse sample genome obtain DNA fingerprint of target
probing population(s) in a community

6. Fatty acid methyl ester identity through cell wall
analysis composition

7. Flow cytometry with probes track individual population(s)

8. Fluorescent in situ track individual population(s)
hybridization
9. 168 rRNA microarrays obtain community fingerprint

based on 16S rRNA phylogeny

10. Protein spectrum analysis obtain protein spectrum of a
community or population

'

+

+

+

Advantages (+) and
disadvantages (-)

throughput, speed

: quantification, identification

: identification after sequencing
: speed, throughput

: throughput, speed

: quantification, identification
+:

biovolume quantification,
speed

: identification
: throughput, speed
: target populations must be

known

: throughput, speed
: nonspecific changes in fatty

acids

: numerical quantification,

speed

: target population must be

known, costly

: spatial distribution,

identification

: quantification, population

must be known

: throughput, speed, information

16S rRNA targets must be
known, costly, developing

throughput, speed, information
costly, developing
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This is due to the lack of knowledge about the underlying relationships between these
measurements and the community function and also due to the associated objections with many
of these methodologies, e.g., biases in DNA extraction, cloning, and polymerase chain reaction
(PCR), and variation in ribosomal copy number etc. Molecular data and mechanistic models are
simply not compatible until the underlying relationships between function and community
structure as described by these methods are known. The need for improving the mechanistic
models, however, is obvious since the application of ecological principles will most likely
require models with a resolution finer than the total biomass. For example, mathematical models
for improved control of an anaerobic digestor must consider different guilds and numerically
non-dominant but important syntrophic populations separately. Similarly, models representing
bulking in activated sludge systems must describe the dynamics of filamentous bacterial
populations causing sludge bulking. Since the existing mechanistic models are not able to utilize
community structure data efficiently, it is imperative to explore other modeling techniques that
are more compatible with molecular data.

This paper presents artificial neural networks (ANN) as a potential tool for modeling of
microbial communities when community structure data is obtained through molecular techniques
and application of mechanistic models is not feasible. ANN does not require mechanistic
assumptions about the underlying relationships. Hence, it is especially suited to link molecular
data with function. It learns the underlying relationships by examples of data sets presented to it
and has been used in many different fields. In addition, the output of ANN can also be used for
online control of biological processes. Various applications of ANN can be classified into the
following four classes.

(a) Classification/interpretation, i.e., inverse mapping from observation to known classes: this
application is similar to principal component analysis and cluster analysis. It is the most
common application of ANN. Examples pertinent to biological processes include
identification of rep-PCR genomic fingerprints [1], tracking soil microbial communities by
denaturing gradient gel electrophoresis [2] and phospholipid analysis [3], development of an
automated systems for the identification of heterotrophic marine bacteria on the basis of their
fatty acids composition [4], restriction pattern recognition of Escherichia coli 0157:H7 [5],
and cluster analysis of whole genome expression data [6].

(b) Diagnosis, i.e., inverse mapping from observed effect to cause: identifying disease from
symptoms.
(¢c) Control, i.e., inverse mapping from observed state to control forces: An example in this

category is the use of neural network modeling in optimization of continuous fermentation
processes [7].

(d) Prediction, i.., future course of a system based on past patterns: Examples include an
assessment of neural networks and statistical approaches for prediction of E. coli promoter
sites [8], and predicting grassland community changes with an artificial neural network model

[9].

In addition, various applications in ecosystem modeling are also reported [10-13].
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2. MATERIALS AND METHODS

2.1 Bioreactor operation and perturbation:

Two quadruplicate sets of variable volume anaerobic reactors were operated for 80 days
and 32 days, respectively at an average glucose loading rate of 0.34 g/L-d and an average
mean cell residence time (MCRT) of 16 days as described previously [14]. Based on the
numerically most dominant population, they are referred to as low spirochete set (LS set;
reactors 1-4) and high spirochete set (HS set; reactors 5-8), respectively. Inocula for both sets
were obtained from two 18-L completely mixed stirred tank "mother" reactors originally
seeded from the local anaerobic digester sludge and operating at 0.5 g/L-d glucose loading
rate and at MCRT of 16 days. The mother reactor for the HS set was operated for more than 4
years under two different conditions: for the first 3 years it was operated at a glucose loading
rate of 0.8 g/L-d and an MCRT of 10 days. Nearly 200 days prior to the inoculation of the HS
set, this reactor received fresh digester sludge and was switched to a 0.5 g/L-d organic loading
rate and an MCRT of 16 days. The mother for the LS set was operated only for two months at
an MCRT of 16 days and at an organic loading rate of 0.5 g/L-d. At the time of seeding the
two sets, both mother reactors were operating at more than 90% chemical oxygen demand
(COD) removal efficiency. All daughter reactors were maintained in 500 mL sealed reagent
bottles with liquid volume cycling between 250 mL to 362 mL over a period of eight days.
All reactors were maintained at 35 °C in temperature controlled water baths under mixed
conditions. A glucose perturbation was applied by increasing the reactor concentration to 6.8
g/L using a stock solution of glucose that also contained equivalent amounts of bicarbonate
solution. Samples were collected at appropriate intervals after the perturbation for functional
and community structure analysis.

2.2 Functional analysis

The overall efficiency of removal was monitored by effluent COD measurement and
soluble products analysis. Suspended solids were removed by centrifugation at 6000 g for 15
minutes and an appropriate amount of the supernatant was digested for COD analysis using
Hach 0-1500 ppm range COD vials (Hach Company). Glucose and soluble products were
analyzed using high performance liquid chromatography equipped with a 300-mm HPX-87H
ion exclusion column (Bio-Rad Laboratories) connected to a UV/Vis absorbance detector
(Shimadzu) set at 210 nm and a refractive index detector (Waters, Inc.). The mobile phase
used was 0.013 N H,SO, at 0.7 mL/min with the column temperature set at 65 °C.
Supernatant sample after centrifugation was filtered through 0.22 pm filter (Whatman, Inc.),
acidified with 0.1 M H,SO,, and injected (100 uL) onto the HPLC. Volatile fatty acids were
identified by retention time comparison of authentic material on the HPX-87H column and
also by GC/FID analysis using a 4 mm i.d. and 183 cm long glass column (GP10%, SP-
1200/1% H3;PO,) and a Hewlett Packard 5890A series II gas chromatograph. Headspace
methane was analyzed using gas chromatography (Hewlett-Packard, Model 5890). Hydrogen
accumulation in the headspace was measured using a Trace Analytical RGA3 reduction gas
analyzer. The source and purity of all chemicals used in this study for feeding or
standardization were same as described previously [14].

2.3. Community structure analysis
Reactor samples collected before and during the perturbation were subjected to total
biomass analysis, ARDRA, T-RFLP, and image analysis. Only the later two techniques are
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briefly reproduced here. For other techniques and further information please refer to sources
described elsewhere [15].

T-RFLP analysis was done on extracted DNA from the reactor samples using a protocol
described previously {16]. Briefly, 16S rDNA was amplified from extracted genomic DNA
using PCR and universal primers (8F and 1392R, E. coli numbering) of which the forward
primer was labeled with HEX dye. The amplified and labeled products were digested with
three restriction enzymes (Mspl , Rsal, and Hhal) separately and the resulting digested
fragments were visualized using an ABI gene sequencer in Gene Scan mode.

Morphological quantification was done by microscopy and image analysis of freshly
collected bioreactor samples as described previously [15]. Microscopy was done using a
Zeiss Photomicroscope 1 equipped with a 100X PlanApochromat phase 3 oil immersion
objective. Classification of morphological units was performed using Bioquant System IV and
MegX image analysis software. Biovolumes were calculated after determining the mean
volume per cell for each different morphotype using the CMEIAS object analysis plug-in
operating in UTHSCSA ImageTool Ver. 1.27 software. The data for this study were derived
from image analysis of 1,440 photomicrograph negatives (averages of 1,145 cells per reactor
sample).

2.4. Artificial neural network analysis

The artificial neural network analysis was performed with three hidden layers, full
connections, and back propagation algorithm using NeuroSolutions [17] both for the example
data sets for AG calculation and also for T-RFLP and image analysis. The number of nodes in
the input and output layer corresponded with the number of parameters (fragment lengths,
morphotype or accumulated intermediates) in the input and output data. The community
structure data served as the input and function data served as the desired output. For relating
T-RFLP data to function, fragment lengths from all three restriction enzymes were pooled
together for the analysis. Also, due to PCR bias, only the presence or absence of a fragment
was considered for T-RFLP data with no emphasis on the abundance of each fragment. The
data from all the eight rectors and up to five time points for each reactor was divided into two
groups: 80% for training the network and 20% for testing the predictive capability of the
trained network. Once the training was completed and the error for the prediction set was
minimal, sensitivity analysis was carried out to find the dependence of the network in
mapping each input parameter to the output parameter.



72

3. RESULTS AND DISCUSSION

3.1. An example of sensitivity analysis

Figure 1 shows the results obtained from a simple application of ANN by selecting an
example (AG calculation of propionate conversion to acetate) where a mechanistic model is
also available. Ordinarily, ANN will not be used in such scenarios. The example is presented
here in order to show that the sensitivity analysis of a trained ANN can indicate the
importance of each input parameter in determining the output. The sensitivity analysis is
relevant in linking the function to community structure.

The equation that is used to calculate the free energy available (AG) during the conversion
of propionate to acetate is given by:

[CH,CO0™][H,]'[CO,] M
[CH,CH,COO"[H,07

where, values in brackets on the right hand side of the equation represent concentration in
moles for aqueous or atm for gaseous species, R is universal gas constant, T is temp in °K, and
AG® is the free energy of reaction under standard conditions .

The same value of AG can also be obtained using ANN if sufficient examples are
presented for training. Thus a mechanistic model requires the equation itself while ANN
requires sufficient number of input and output data sets. Results presented in Figure 1b
demonstrate that the network is more sensitive to parameters such as H, and less sensitive to
those parameters that do not affect the outcome. It should also be noted that for an unknown
system, selection of the input parameter is a difficult task because ANN will not be able to
decide a priori if an input parameter is irrelevant for obtaining the output. Given sufficient
number of examples, it can, however, show the insensitivity to those input parameters that
change but do not affect the output.

AG=AG” +RTIn

3.2. Application of sensitivity analysis to community structure and function

Functional response (given by soluble products analysis) and community structure data
(given by T-RFLP and microscopy/image analysis) in response to the perturbation for one out
of eight reactors (reactor 7) is shown in Figure 2. It is obvious that even if the fragment

(a) (b)

Input layer

R —>»

T—>

AGT —
Acetate —)p
Propionate —)»
Bicarbonate —)»
co, —»
Methane —)
Hydrogen —»

Output layer
AG

Figure 1. (a) The architecture of neural network for AG calculation, (b) sensitivity of the
network to various input parameters.
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identities are known, this community structure analysis will not yield to mechanistic
mathematical modeling because of the lack of knowledge between the presence of a 168
rDNA fragment, morphotype, and the corresponding function. It is also apparent that methods
in addition to community analysis are needed to establish links between the community
characterization techniques and function. Both cluster analysis and sensitivity analysis of the
two data sets was performed. Since the sensitivity analysis is more relevant with respect to
providing links between function and structure, only the later results are presented here.

Figure 3 shows the sensitivity analysis after training a network similar to shown in Figure
1 using T-RFLP and functional data. Input layer in this case received information about the
presence or absence of a given ribotype represented by ! and 0, respectively. As seen in
Figure 3, some ribotypes have greater sensitivity than others indicating that their presence or
absence 1s playing a bigger role in the accumulation of the corresponding soluble intermediate.
Whether this indication of a correlation with function is significant can only be determined
after further experiments focusing on the identification of the fragments and isolation of the
organisms. ANN does provide with new hypothesis e.g., is ribotype 527 bp (Figure 3a)
belongs to a butyrate oxidizer?

A similar analysis performed with the image analysis data representing the morphotypes is
shown in Figure 3c. It is understood that a single morphotype most likely contains a large
number of species, similar to the T-RFLP analysis where a single ribotype is not necessarily a
single organism '”. However, increase in a given morphotype is indicative of the presence of
an organism that belongs to the morphotype and responded to the perturbation. As seen from
Figure 3c, different groups of morphotypes correlated with different soluble products. For
example, straight rods in chains and spirals were equally sensitive to all three soluble
intermediate products, but thin filaments and large thick rods correlated strongly with butyrate
only.

T-RFLP and image analysis are among the fastest ways to study the dynamics of mixed
microbial communities (hundreds of samples can be analyzed in a week), easy to automate,
and reproducible (Figure 3b). ANN improves the usefulness of these techniques by providing
a way to link these measurements with the community function. Several other reasons may
also be advanced for using ANN for complex microbial communities. ANN has the potential
to model chaotic (irregular in appearance and deterministic in underlying rules [18]) and
statistical (regular and probabilistic) phenomena. Since mixed microbial communities are
closer to the above types of phenomena as opposed to regular (regular and deterministic) or
random (irregular and probabilistic) phenomena, ANN could serve as a powerful tool to
describe them. In addition, the gap between our ability to collect community characterization
data and link it with function will continue to grow as the use of high throughput techniques
e.g., microarrays and protein spectrum analysis find their way into mixed community
management. With no tools available immediately to determine the underlying relationships,
it may be useful to test ANN for finding new relationships and generate hypothesis. It may
also be useful as a tool to develop new mechanistic models for complex biological systems.
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Figure 3. Sensitivity analysis for ribotype (a), replication of community structure before the
perturbation in reactors 5-8 as given by Rsal generated ribotypes (b), and sensitivity analysis
for morphotype using microscopy/image analysis (c).
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The limitations of ANN are as important as its power to relate two data sets without the
knowledge of the underlying relationships. It must be pointed out that the existence of a
relationship between the data sets presented to the network is the responsibility of the user.
The number of example data sets to train the network and test the training quality for
predictive purposes must be large. Also, the network must be properly trained. Over trained
networks are equivalent to memorization resulting in poor predictive power. Lastly the
predictive power of ANN is based on history, not wisdom. Hence, prediction about
completely unseen scenarios should be avoided.

4. CONCLUSIONS

Artificial neural networks are more suitable modeling tools for molecular data than
mechanistic approaches. They do not require the underlying rules and therefore utilize the
data more efficiently. ANN may also be helpful in determining the importance of a
community member (ribotype for T-RFLP and morphotype for image analysis) with respect
to a functional or environmental parameter.
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Microbial community of anaerobic granulated sludge treating benzoate (BA), methyl
benzoate (MBA) and terephthalate (TA) were compared. Although BA, MBA and TA differed
from one another only in the functional group (i.e., H-, COOH-, and CH,-), the community
fingerprint and composition as determined by denaturing gradient gel electrophoresis (DGGE)
of the amplified community 16S rDNA and clone library of 16S rDNA statistically showed a
significant level of difference. The DGGE fingerprint of TA-degrading consortium was more
closely related to MBA- than to BA-degrading consortium. Clone library revealed that the
predominant archaeon in all consortia was Methanoseata. Bacterial populations were
affiliated mainly with the y- and 3-subdivisions of the division Proteobacteria, followed by at
least 7-9 proposed bacterial divisions (P. Hugenholtz, R. Goebel and N. R. Pace, J. Bacteriol.
180:4765-4774, 1998). Furthermore, 16S rRNA sequences in the 8-Proteobacteria were very
diverse and closely affiliated with known syntrophic bacteria and sulfate reducers, or formed
novel phylogenic groups within the &-Proteobacteria. The phylogenic diversity of those
presumptively syntrophic H,-producing acetogens was significantly greater than currently
known syntrophic bacterial isolates, and warrants further study.

1. INTRODUCTION

Anaerobic biological treatment systems (e.g., upflow anaerobic sludge blanket [UASB] and
anaerobic fluidized bed [AFB] reactors) represent a proven sustainable technology for treating
a wide range of very different industrial waste streams in Taiwan (>10 million M® per year).
The technology relies on the formation of balanced or syntrophic microbial communities in
either suspended (i.e., granulation) or immobilized (i.e., biofilter) forms. In these anaerobic
microbial consortia, degradation of complex pollutants usually involves three phases:
hydrolysis/acidogensis, acetogenesis, and methanogenesis [1]. During these phases, complex
pollutants are first hydrolyzed and acidified by acidogenic bacteria forming volatile fatty acids,
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which are then converted to acetate and CO,/H, by H,-producing acetogenic bacteria. Finally,
these intermediates are further converted to methane by methanogenic bacteria.

The current knowledge on the optimization and process control of those anaerobic
treatment systems for treating toxic/inhibitory compounds is still limited. It was until recently
that studies have shown the ability of UASB systems to degrade aromatic compounds
including benzoate [2], phenol [3,4], cresol [5], terephthalate [6-12], methyl-benzoate [9,13],
and nitro- or azo-substituted aromatics [14]. The slow progress on the study was because that
a long acclimation time or start-up period was required to establish proper anaerobic consortia
that degrade aromatic compounds {3,4,6,11,13]. The length of start-up period varied from a
few months to more than 600 days. This long start-up period was possibly due to (1) the
toxicity of those aromatics on the anaerobic microbial consortia, and (2) the absence or
scarcity of microbial populations that can degrade those aromatics in the seed sludge. The first
possibility was supported by the study of Reyes et al. [15] that showed the structure-toxicity
relationships of different aromatic compounds to acetoclastic methanogenic bacteria. Based
on the lag phase length and the gas production rate, they indicated that the type of functional
groups had a profound effect on the toxicity of the test compound. The degree of toxicity for
those functional groups in an increasing order was COOH-, SO,H-, H-, OH-, CH,-, CHO-,
COH;- and Cl-. By reducing the organic loading, the operation of a lab-scale UASB process
degrading methyl benzoate was succeeded [13]. However, the second possibility remained
unverified because very little was known about the anaerobic microbial consortia degrading
various aromatics.

Poor understanding on the microbial diversity of aromatics-degrading anaerobic consortia
in UASB processes was in part limited by the techniques previously available. In the past,
cultivation technique was often used to isolate and identify microorganisms involved in the
degradation of aromatics [16,17], but was shown to be very difficult for isolating anaerobic
syntrophic bacteria [18]. Other studies have used electron microscope to identify
microorganisms based on morphology, but often failed to differentiate closely related bacteria
[2,19,20].

It is becoming apparent that molecular technique is a potential tool to study microbial
organization and its function in complex ecosystems [21-25]. These molecular techniques
have been successfully applied to identify syntrophic propionate-oxidizing bacteria [26],
sucrose/propionate/acetate-utilizing populations [27] and trichlorobenzene-transforming
populations [28], and to localize the methanogens [28,29] in the anaerobic granular sludge
systems. This communication further describes the use of molecular approaches to better
define the constellation of microbial consortia involving in the degradation of three different
aromatic compounds including benzoate (BA), terephthalate (TA), and methylbenzoate
(MBA) in UASB systems. In addition, the effect of chemical types and seeding sludge
sources on the microbial community was evaluated.

2. MICROBIAL DIVERSITY OF UASB SYTEMS DEGRADING AROMATIC
COMPOUNDS

2.1. Methanogenic granular consortia

In the absence of exogenous electron acceptors (e.g., oxygen, nitrate, and sulfate), the first
step of degradation of aromatic compounds in UASB systems is an acetogenic process that
involves several microbial populations. The first microbial population(s) would need to
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convert the aromatic compounds like benzoate to acetate and hydrogen. However, as
Equation (1) indicates the conversion of benzoate to acetate and H, was thermodynamic
unfeasible under standard conditions (pH 7.0, 1 M concentration, 1 atm and 25°C). Thus, a
coupling reaction for example that converts acetate or HCO,/H, to methane and CO, as shown
in Equations (2) and (3) is needed to lower the Gibbs free energy. Therefore, in this
communication, the microbial consortium that degrades aromatics could be referred as a
syntrophic methanogenic consortium, and the acetogenic bacteria or the fermentative bacteria
transforming aromatic compounds to acetate and hydrogen were referred as syntrophic H,-
producing acetogens.
Equation 1: Benzoate- + 7H,0 - 3 acetate + 3 H" + HCO,- + 3H, AG”= 53 kJ
Equation 2: Acetate- + H,0 - CH, + HCO; AG”=-31kJ
Equation 3: HCO, + 4H, + H'-> CH, + H,0 AG”=-135.6 kJ

Sludge granulation by the syntrophic methanogenic consortium is another key feature
observed in UASB systems. These microbial populations usually aggregate in a close spatial
orientation or juxtaposition to facilitate the interspecies transfer of intermediates, H, and CO,
among acidogens, acetogens and methanogens [31,32]. The structure of the granule could be
further classified as layered and uniform types, and were found to be highly dependent on the
degradation kinetics of a substrate (e.g., one, two or three step processes) {33].
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Figure 1. Characterization on the microbial community of
anaerobic granular sludge systems degrading benzoate (BA),
terephthalate (TA) and methylbenzoate (MBA). Panel A
shows the DGGE profile of granular sludge samples: a and b
were taken from two BA-degrading UASB systems operated
by Li et al. [2] and Wu [39], respectively; ¢ was from a TA-
degrading UASB system [40]; and d and e were taken from a
MBA-degrading UASB at two different time [39]. Panel B is
the dendrogram of the cluster analysis on the DGGE profile of
granular sludge samples in panel A. The dendrogram was
constructed by selecting the unweighted pair-group average
and Euclidean distance rules in the Statistica program.
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2.2. Microbial community structure as revealed using DGGE

For initial studies of the microbial diversity and similarity of different aromatics-degrading
UASB systems, we used the denaturing gradient gel electrophoresis (DGGE) method [34].
Total community DNA of sludge samples were recovered using techniques that are well
established by our group [24]. The DGGE analyses with domain-level PCR primers [35,36]
was performed as previously described [37]. Figure 1A shows the DGGE analysis of the
bacterial 16S rDNA gene fragment amplified from the granular sludge. Samples a and b were
taken from two BA-degrading UASB systems that differed in seed sludge. Sample ¢, and
samples d/e were taken from a TA- and a MBA-degrading UASB system, respectively.
Samples d and e were taken from the same reactor at about 10 months apart. Those systems
where samples b-e were taken were all enriched with the same seed sludge. Based on the
DGGE banding pattern, approximately 17 detectable different fragments were observed
among those five samples, but none of these fragments was common to all samples.
Furthermore, samples c, d and e appeared to contain more detectable fragments than samples a
and b.

The similarity of microbial community structure among those five samples was statistically
analyzed (Fig. 1B). Between the two BA-degrading samples (BA and BA_HK, Fig. 1B), the
DGGE banding pattern for the bacterial population was not identical, suggesting that different
seeding sludge could have led to the selection of different BA-degrading populations in the
microbial consortia. The DGGE banding patterns among samples BA, TA, MBA 1, and
MBA_2 were also different. This result further suggests that different aromatic compounds
could have led to the selection of different microbial populations in UASB systems. Still, the
DGGE banding pattern of sample TA was relatively more similar to those of samples MBA_1
and MBA_2 than to samples BA_HK and BA. Samples MBA 1 and MBA 2 taken from a
same reactor but at different time exhibited a similar DGGE banding pattern. Increase in the
band intensity of fragments 1-3 in sample e (Fig. 1A) suggested that prolonged enrichment has
promoted the dominance of these populations in the process. Based on these results, it could
be concluded that seed sludge source and aromatic compounds could affect the formation of
microbial community structure selected in the UASB systems.

2.3. Phylogenic diversity as revealed by 16S rRNA sequence analysis

Our recent studies using the 16S rDNA clone library approach have further provided a
preliminary and the first insight into the phylogenic diversity of microbial populations in
UASB systems degrading benzoate (BA), terephthalate (TA), and methylbenzoate [38-40].
Phylogenic analysis on the 16S rRNA sequences revealed that major archaeal 16S rRNA
sequeces in BA- and TA-degrading granules were all close relatives of methanogens in the
division Euryarchaeota. Majority of these sequences were closely affiliated with
Methanosaeta concilii (formerly known as Methanothrix soehngenii) (99% sequence
similarity) that convert acetate to methane [41]. The Methanosaeta sp. was also suggested to
be important to sludge granulation [42,43]. Other archaeal sequences found were closely
related to the genera Methanospirillum and Methanogenium in the family
Methanomicrobiales. These findings closely allied with previous studies that both the
acetoclastic Methanosaeta sp. and the hydrogenotrophic methanogen (i.e., Methanospirillum,
Methanobacterium and Methanobrevibacter) were frequently found in anaerobic sludge
granules [19,42,43].
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Table 1 shows a high phylogenic diversity among those syntrophic H,-producing acetogens
found in the BA-, TA- and MBA-degrading UASB systems. At present, the domain Bacteria
is classified into at least 36 divisions or kingdoms [44]. According to this classification, the
predominant phylogenetic groups found in those three consortia were mainly affiliated with
the y- and 8-subdivisions of the Proteobacteria. In addition, 16S rRNA sequences were found
to affiliate with seven other known divisions (Cytophagales, the low G+C Gram-positive
group, Spirochetes, green non-sulfur bacteria [GNS], Synergistes, OP8 and OP10).
Furthermore, six other 16S rRNA sequences were found to have a low degree of similarity to
known sequences, and some of them could possibly be assigned to a novel or candidate
division (i.e., sequence <80% identical to known sequences {44]). The common bacterial
divisions found among the BA-, TA-, and MBA-degrading systems were GNS and the 6-
Proteobacteria. Interestingly, most of these diversified phylogenic populations were also
found in the microbial community of an AFB treating trichlorobenzene (TCB). In addition to
those phylogenic divisions found in UASB systems degrading BA, TA and MBA, the a- and
B-subdivisions of the Proteobacteria, Acidobacteria, green sulfur bacteria, and divisions TM6,
OP10 and WS1 were reported.

Figure 2 further reveals the phylogenic diversity of predominant 16S rRNA sequences (20
in total) found within the &-subdivision of the Proteobacteria. Most of these sequences were
closely associated with genera that are known either to form syntrophic relation (i.e.,
Syntrophobacter, Syntrophus, and Smithella propionica) with methanogens, or to perform
sulfate reduction (e.g. Desufovibrio baarsii and Desulfosarcina variabilis). Other sequences
were affiliated to novel 8-groups (i.e., clone OPT23, clone OPB16, and clone SJA) or could be
classified into five novel groups(i.e., clone MBA 9, MBA_25, MBA_44/56, TA_CS5, and
TA_D6). Especially, the novel group TA_D6 was consisted of seven different but closely
related sequences retrieved from the TA-degrading UASB system and two other sequences
previously reported [28-46]. These results together with those in Table 1 and Fig. 1 further
suggest that a difference in the predominant phylogenic populations among those UASB
systems degrading BA, TA and MBA)

Clearly, the phylogenic diversity of presumptively syntrophic acetogen in anaerobic
systems degrading aromatic compounds was high and significantly greater than that revealed
by the cultivation technique. At present, the known syntrophic H,-producing acetogenic
bacterial isolates were classified into at least five different genera in the 3-subdivision of the
division Proteobacteria and the low G+C Gram-positive group [17,47,48]. They were found
mainly in anaerobic digestors, and a few of them were isolated from marine and freshwater
sediments and rumen [17,47,48). Among these syntrophic acetogens, only two isolates were
reported to utilize aromatic compounds when grown in co-culture with methanogenic bacteria
[16,17], suggesting a very limited understanding on the aromatics-utilizing syntrophic
aceogens existing in natural and engineered ecosystems.

Overall, our preliminary studies [38-40] successfully demonstrated the capability of the
molecular approach to characterize the phylogenic diversity of methanognenic granular
systems degrading various aromatic compounds. The DGGE analysis indicated that the type
of aromatic compounds and the source of seed sludge could lead to the selection of different
microbial populations in the methanogenic consortia. Apparently, the phylogenetic diversity
of syntrophic acetogens has exceeded our current understanding. Since the phylogenetic
placement of 16S rRNA sequence information could not correctly reflect the metabolic and
functional traits of bacterial populations, the exact metabolic traits of those novel populations
warrants further studies.
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Figure 2. Phylogenic analysis of numerically dominant 16S rRNA sequences that
were affiliated with the delta subdivision of the Proteobacteria in the clone library
constructed for the BA-degrading UASB system operated at Hong Kong [2,38],
and the TA- and MBA-degrading UASB systems [39,40]. The distance matrix
consensus tree was calculated using the neighbor-joining method with
bootstrapping in a sequence editor program, ARB [49]. The 16S rRNA sequence
of Bacillus subtilis (belonging to the Gram-positive low G+C group) was used to
root the tree. Bootstrap probabilities were indicated at the branch points (100
bootstrap data sets were used). Number in parenthesis indicates the total number
of 16S tDNA sequences. Bar = 10 nucleotide substitutions per 100 nucleotides in
16S rDNA sequences.
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§2 Health-Related Microorganisms

As the population grow and people inhabit in wider area, the distance between water
resources and the sites of human activities is gradually narrowed. This is one of the reason
why those pathogenic microorganisms, having been in waste streams without causing a
human health-threat, suddenly have become a big issue.

The emergence of protozoa in water sources is a widespread problem in all over the world.
Ohgaki et al. developed a method to estimate the health risks associated with the occurrence
of Cryptosporidium. Based on the data taken from the Sagami River, he discusses that the risk
of Cryptosporidium infection is more than 10-4, which increases slightly after the rainfall.

Modern methods developed for biotechnology is rapidly introduced into environmental
microbiology. Polymerase-Chain-Reaction (PCR) can multiply a fragment of genes, thus has
potential use for enumerating the unculturable or difficult-to-culture microorganisms.
Katayama et al. applied a PCR method to count the number of coliphage QB. The PCR
method was quite successful in counting the number of Qf, but it gave a false number of
viable count because it cannot differentiate those dead cells after disinfection by UV or
chlorine from viable cells.

Algal bloom in water resources causes a variety of problems: e.g., bad odor and taste,
troubles in water treatment, and algogenic toxins. Alam ef al. presents the effect of UV
radiation on the control of algae using Microcystis aeruginosa as a test species.
Comparatively small dose of UV had negative impact on algal growth. UV radiation under the
presence of organic matter showed a residual effect on growth inhibition of algae. This
residual effect was correlated with the production of hydrogen peroxide and the presence of
ferric iron.

Coliform and fecal coliform are widely used as indices of fecal pollution, and
bacteriophages are proposed as surrogate indices for human viruses. Claydong et al. made an
extensive survey on the presence of bacteriophages, coliform, and fecal coliform in
wastewater from various sources. Three bacteriophage species, i.e., bacteriophage B,
bacteriophage C, and F-specific bacteriophage were used as indicator organisms.
Bacteriophage C was more abundant in all kinds of wastewaters than other bacteriophages,
and had a better correlation with coliform count.
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Quantitative risk assessment of Cryptosporidium in a watershed
S. Ohgaki °, Y. Masago®, H. Katayama®, T. Hirata", A. Hashimoto®, M.Z B. Alam*

* Department of Urban Engineering, The University of Tokyo, 7-3-1 Hongo, Bunkyo, Tokyo-
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® College of Environmental Health, Azabu University, Kanagawa, Japan.

¢ Department of Civil Engineering, The Anan College of Technology, Tokushima, Japan.

In this study, an effort was made to assess the risk of infection of Cryptosporidium via
drinking water. The field survey data from Sagami River Watershed were used for this
purpose. The survey data indicates a continuous presence of Cryptosporidium in the water of
Sagami River. The geometric mean concentration of oocysts in the 76 positive samples was
24 oocysts per 100L while 30 samples were negative. The maximum concentration was found
to be as high as 11,000 oocysts per 100L. We used Monte Carlo simulations to calculate the
annual risk of infection of Cryptosporidium via drinking water assuming the scenario that the
sampling point of Katahara-Bashi or Miyayama was used as the water source of water
purification plants. The risk for the two sampling spots were found to be higher than 10*
infection per year. The incorporation of effect of rainfall increased the infection risk by a
small fraction. However, during heavy rainfall the risk may increase considerably. Further
study is required in this regard to evaluate the effect of rainfall more accurately.

1. INTRODUCTION

The outbreak of Cryprosporidium in Ogose, Saitama Prefecture, Japan, in 1996, has forced
Japanese water supply utilities to take a whole new approach about risk management of
pathogens. Occurrences of Cryptosporidium in drinking water were reported since 1983 in
European countries and US. In 1998 in Australia, Sydney water supply authority was forced
to suspend the water supply due to the occurrence of Cryptosporidium and Giardia. In the
United States, on the average there are 3 to S outbreaks of infectious diseases per year [1]. In
Japan, as shown in Table 1, although no cases of infection was reported after the Ogose
outbreak, there are some instances that water supply were suspended when the
Cryptosporidium was detected from 20L of finished water according to the guidelines of
Ministry of Health and Welfare.

Of course, the risk of infectious disease transmission is the principle concern, but stoppage
of water supply itself also poses serious risk on civil life. For example, lack of clean water for
washing and cleaning, or anxiety of water shortage for fire extinguishing system can be major
problems during the stoppage of water supply. Since the drinking water supply system are
acting as a final barrier against disease transmission, its contamination by pathogens must be
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Table 1.

Instances of Water Supply suspension due to Occurrence of Cryptosporidium or Giardia

Place Population Protozoa Cases of Date and Remarks

served infection

Saitama Prefecture approx. C approx. June 1996, stop the purification

Ogose-cho 14000 8800  plant and provided water from
Saitama Prefecture

Fukui Prefecture 362 G 0 7 July 1998 (Suspended)

Eiheiji-cho

Hyogo Prefecture 322 C 0 18 January 1999 (Suspended)

Yumemae-cho

Yamagata Prefecture 1553 CG 0 15 July 1999 (Suspended)

Asahi-mura

* C for Cryptosporidium and G for Giardia

distinguished from the contamination of other foods, because user cannot help using the
distributed tap water.

In this study, a comprehensive risk assessment was undertaken based on the field data
collected from Sagami River watershed [2]. Risk of infection of Cryptosporidium via drinking
water was calculated following the ILSI/RSI quantitative risk assessment framework [3]. In
addition to the source water parameters, the effect of the rainfall was also incorporated in the
annual risk calculation. There have been some report that concentration of Cryptosporidium
increases during rainfall [4]. Since rainfall is relatively frequent in Japan, as is common in the
Asian monsoon region, we also assessed its effect on the annual risk.

2. MATERIAL AND METHODS

2.1 Field Survey

The procedures for collection of data and enumeration of Cryprosporidium have been
described in detail in another paper [2]. Important parts of that paper are repeated here for
convenience. Detection of Cryptosporidium oocysts was done following the guidelines of
Ministry of Health and Welfare, Japan [5].

2.1.1 Sample collection

The Sagami River and its two tributaries (Koayu and Nakatsu Rivers) in Kanagawa
prefecture in Kanto area of Japan were selected for the study (Figure 1). The Sagami River
flows from the Lake Yamanaka near Mt. Fuji to Sagami Bay. It has two reservoirs in the
upstream, and it passes through urban areas such as Atsugi and Sagamihara in the middle.
Some tributaries such as Nakatsu and Koayu from the Tanzawa mountain system join in the
middle. The Sagami River is one of the main water sources in Kanagawa prefecture, including
Yokohama City. From April 1997 to June 1998, a total of 106 samples were collected at 11
sites along the river which include 2 water intake points, Miyayama, in the downstream of
Sagami River, and Hambara, in the upstream of Nakatsu River. Samples from these sites were
collected one or two times every two months.
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Figure 1. Location of sampling sites in the Sagami River and its tributaries

2.1.2 Concentration and purification

Samples were brought to the laboratory and were filtered in the same day. Samples of 100
liters were filtered through cellulose acetate membrane disk filters (142mm diameter, 1.2 p m
pore size, Millipore). Then filters were completely dissolved in acetone in centrifuge tubes
and centrifuged at 1050g for 10minutes. The pellet was purified by percoll-sucrose floatation.

2.1.3 Staining procedure

The purified samples were filtered using 25mm diameter membrane disk filters. An indirect
fluorescent antibody (IFA) stain was applied to the purified samples on the filter using a
Cryptosporidium antibody kit (Hydroflour combo kit, SDI, USA).

2.1.4 Identification and counting

Filters were observed at 200 and 1000 times magnification by epi-fluorescent and
differential interference contrast (DIC) microscope (BX-60, Olympus, Japan). The
identification was carried out following the procedure of U.S.EPA (1998) [6].
Cryptosporidium oocysts were detected by fluorescent shape and size and confirmed by the
presence of sporozoite(s) or surface folds.

2.2 Risk Analysis

2.2.1 Effect of rainfall

It is generally believed that rainfall volume has significant effect on the Cryptosporidium
concentration of the raw water that is used in water purification plants. To find out the
relationship between rainfall and Cryptosporidium concentration of the raw water, the data
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from the Miyayama sampling spot in the Sagami River was used. Cryptosporidium
concentration was plotted against the rainfall volume.

2.2.2 Risk assessment

Risk of infection of Cryptosporidium via drinking water was calculated following the
ILSI/RSI quantitative risk assessment framework [3]. To incorporate the effect of rainfall on
the annual risk of infection, we improved the procedure to be detailed in Figure 2. The data
(only rainless days) from the various sampling points were first fitted to log-normal
distribution to obtain the concentration of Cryptosporidium. The relationship between rainfall
and Cryptosporidium concentration (described in section 2.2.1) was then used to modify the
concentration of Cryptosporidium. The observed rainfall data of 1998 was used in this study
as a model for predicting the rainfall. The effect of viability of the oocysts was then
incorporated using data from Teunis et al. (1997) [7]. A beta distribution was assumed with
values of o and B of 1.65 and 2.46 respectively. Removal by coagulation and filtration was
represented by a two choice binomial model: either good removal (median = 99.6%) or a
degraded performance (median = 70.6%, 1.5% of occurrence). Effect of disinfection on the
viability of the oocysts was not considered, because chlorination is known to produce
negligible effect. Consumption of unboiled drinking water was also considered to have
variability and to follow a log normal distribution with a median value of 0.153 l/day [3].
Dose-response relationship was based on the data obtained by DuPont, et al. (1995) [8].
Monte Carlo simulation was then used to calculate the infection risk of a year, and 1000 years
were computed and analyzed statistically.

3. RESULTS AND DISCUSSIONS

3.1 Field Survey

The field survey data obtained during 1996-1997 are described in detail in another paper [2].
The results are summarized in Table 2. Of the total 106 samples, Cryptosporidium oocysts
were found in 76 samples. The geometric mean concentration of the positive samples were 24
oocysts/100L (range = 1 to11,000 oocysts/100L).

In Sagami River, Cryptosporidium oocysts were found in 41 of the 56 samples from 6 sites.
The geometric mean concentration was found to be 9 (range=1 to 710) oocysts per 100L.

In Nakatsu River, Cryptosporidium oocysts were detected in 14 of the 29 samples from 3
sites. The geometric mean was 9 (range 1 to 500) oocysts per 100L.

In Koayu River, 21 samples from 2 sites were examined and Cryptosporidium oocysts were
detected in all the samples. The geometric mean of the samples were 320 (range 6 to 11000)
oocysts per 100L.

The one year long survey demonstrated the continuous pollution of Cryptosporidium
oocysts in Sagami River and its tributaries, but no seasonal effect was observed.

The highest concentrations of Cryptosporidium oocysts were observed in the sample
collected from Katahara Bridge, Koayu River, where waste water with insufficient treatment
were discharged from a swine farm. The concentration of Cryptosporidium oocysts varied
from 210 to 11000 oocysts per 100L with a geometric mean of 1500. In order to confirm the
source of the protozoan pollution, the concentrations of oocysts in the in the swine wastewater
from the farm was investigated. High concentration of Cryptosporidium oocysts (range=1000
to 1000 oocysts/L, geometric mean=2,200 oocysts/L) were found.
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Table 2.
Occurrence of Cryptosporidium oocysts in Sagami Watershed. [2]

Cryptosporidium oocysts

GM*(range) oocysts/100L Positive ratio**
Sagami River
Katsura B 3(3-3) 1711
Sagami L 5(1-22) 5/8
Miyayama 10 (1-180) 23/26
Shouwa B. 3(1-9) 4/7
Kaneda 7-7) 177
Higashi Cho 23 (5-710) 717
Total of Sagami River 9 (1-710) 41/56
Nakatsu River
Hambara 1(1-1) 1/12
Saido B 5(1-23) 8/12
Ayutsu B 31 (3-500) 5/5
Total of Nakatsu River 9 (1-500) 14/29
Koayu River
Katahara B 1,500 (210-11000) 12/12
Moto Cho 39 (6-100) 9/9
Total of Koayu R 320 (6-11000) 21/21
Total 24 (1-11000) 76/106

*(GM = geometric mean concentration
**Positive ratio= Number of positive sample/total number of sample

The sampling sites of Hambara (Nakatsu River) and Miyayama (Sagami River) are located
near the water intake point of source water for Kanagawa Prefecture. In Hambara, in upstream
of Nakatsu River, Cryptosporidium oocysts were detected from only one of the 12 samples
and the concentration was only 1 oocyst per 100L. But Cryptosporidium oocysts were found
in 23 of the 26 samples in the Miyayama site. The geometric mean concentration was 10
oocysts per 100L (range = 1 to 180 oocysts per 100L).

3.2 Risk Of Infection By Cryptosporidium Oocysts

3.2.1 Effect of rainfall on Cryptosporidium concentration

Cryptosporidium concentration at any day in the raw water was found to be correlated
("=0.6639) with the rainfall at that particular day of sampling (Figure 3). The regression line
was drawn only using the data of the Cryptosporidium concentration against the rainfall on
that particular day. Although the figure shows that successive days of rainfall may increase
the Cryptosporidium concentration, those data were not used in the regression analysis.
However, practically the Cryptosporidium concentration can not increase with rainfall beyond
a certain level; hence we assumed in the risk calculation that above a rainfall intensity of 20
mm/day (the maximum rainfall at which the Cryptosporidium concentration was measured),
Cryptosporidium concentration remains the same.
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3.2.2 Risk of infection incorporating the effect of rainfall

The annual risk of infection of Cryptosporidium through drinking water in Miyayama and
Katahara-Bashi are shown in Figure 4, Figure 5 and in Table 3.

We can see from the Table 3 that the median annual risks in Miyayama and Katahara-Bashi
are 107 and 10"'* respectively. Both of these values are higher than the acceptable annual
risk of 10*, which was proposed by Haas et al. (1996) [9]. One way to reduce the risk is
suspending the water supply. As a further study, we calculated that if water supply is
suspended whenever Cryptosporidium level reach a concentration of 1 oocysts per 80L, the
annual infection risk for Miyayama can be reduced to the acceptable level. However, further
study is required in this direction about the risk involved in suspending the water supply.

Quantitative microbial risk assessment is an invaluable tool for assessing consequences of
exposure to infectious microorganisms. Risk assessment helps in developing necessary
precautions to mitigate or control such consequences. However, a lot of uncertainties are
involved in microbial risk assessment. The dynamic nature of infectious diseases, substantial
biological variability in both hosts and pathogens and the nature of microbiological analysis
make it imperative to use stochastic methods for the characterization of risks. This requires a
vast amount of information of a highly detailed level. However, detailed data are hardly
available. For example, for assessing the daily ingested dose of viable oocysts, data regarding
the concentration of oocysts in the raw water, viability of the oocysts, reduction by treatment
and disinfection and consumption of water are required. Each of these data sets should
include detailed information; for example, raw water concentration of oocysts should include
source of the oocysts i.e., those, which are infectious to humans, and those, which are not.
Reduction by physical treatment also involves lot of uncertainties. The low and variable
recovery of current detection methods in relation to low concentrations of oocysts in water
precludes such observations. Hence, critical information on the relation between oocyst
removal and surrogate parameters should be gathered under variety of circumstances.
However, at present there is little information regarding the effect of water quality on the
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Table 3.
Annual risk of Cryptosporidium infection (Values are in 10-base logarithm)
Miyayama Katahara-Bashi

Geometric Mean -3.60 -1.14
Median -3.68 -1.12
Maximum -1.44 0.00
Minimum -4.53 -2.10
95% confidence value -2.56 -0.281

physical removal of Cryptosporidium. Reliable data on the consumption of raw tap water is
also unavailable. Another important field where there is a considerable lack of information is
the host pathogen interaction. The interaction between human hosts and pathogenic
microorganisms is a highly complex and variable process and detailed information is needed
to accurately model this stage. However, there are only limited information available in this
regard and the information do not include the susceptibility of immunologicaly different

groups.
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4. CONCLUSIONS

Our study indicates a continuous presence of Cryprosporidium in the water of Sagami River.
The geometric mean concentration of oocysts in the 76 positive samples was 24 oocysts per
100L. The maximum concentration was found to be as high as 11,000 oocysts per 100L.
Swine wastewater was found to be one of the major contributors of the Cryptosporidium
pollution in the Sagami River. We used Monte Carlo simulations to calculate the annual risk
of infection of Cryptosporidium via drinking water assuming the scenario that the sampling
points of Katahara-Bashi and Miyayama being used as the water source of water purification
plants. We further assumed that the raw water is subjected to coagulation, flocculation and
chlorination. In such cases we found that the annual risk of infection of Cryptosporidium via
drinking water for the two sampling spots would be higher than 10*. The incorporation of
effect of rainfall increased the infection risk by a small fraction. However, during heavy
rainfall the increase in risk may be considerable. Further study is required in this regard to
evaluate the effect of rainfall more accurately.
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PCR determination of inactivated RNA coliphage QB

H. Katayama® , M.Nakamura® and S.Ohgaki®
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7-3-1, Hongo, Bunkyo-ku, Tokyo 113-8656, Japan

Polymerase chain reaction (PCR) may provide positive results regardless of
infectivity of viruses, and it is of concern in the monitoring of pathogens after
disinfection in water and wastewater treatment systems. F-specific RNA
coliphage QB (ssRNA=4217bp) was used as a model virus, and disinfected by
chlorination and UV irradiation. In order to reduce the positive results from
noninfective viruses with damaged genomic RNA, reverse transcription region
was elongated to be applied as well as normal RT-PCR to the disinfected samples.
The normal RT-PCR method had an amplicon of 193bp, while the long RT-short
PCR method had the RT region of 1909bp and the PCR amplicon of 244bp. MPN
method was applied to quantify the results of these two RT-PCR methods. The
MPN values of the UV irradiated Q3 were almost same as that of the intact Qp.
This means that the RT-PCR detects quantitatively almost all noninfectious RNA
coliphages inactivated by UV radiation. High dose (0.9 mgCVL) chlorination
reduced the MPN value of normal RT-PCR by 4log in 60 min while decreasing the
plaque counts by 4log in 1min. On the other hand, the MPN values of both PCR
methods were almost constant during the low dose (0.4 mgCVL) chlorination for
60 min while the plaque counts showed 7log decrease in 30min. Since the free
chlorine almost disappeared and converted to combined chlorine in 1 min in low
dose chlorination, combined chlorine did almost no damage to the viral RNA.

1. INTRODUCTION

To protect public health, monitoring of pathogenic viruses is necessary in
water supply and wastewater systems. The polymerase chain reaction (PCR) is
one of the feasible monitoring methods, because it requires less than 6 hours and
no cultivation of pathogenic viruses but detect viruses sensitively. In recent
years, PCR has been used to detect enteric viruses in environmental samples [1-7].
One of the difficulties in using PCR for virus monitoring is that PCR may not
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reflect infectivity of viruses [8] and may fail to evaluate the health risk. The
positive RT-PCR results of viruses from environmental sample could reflect the
existence of intact viruses since RNA was unstable in wastewater [3] or seawater
[9]. Possibility of detecting only intact viruses was increased by the use of
antibody [10, 11] or applying cell culture prior to RT-PCR [12]. However,
disinfection in water and wastewater treatment may still cause false-positive
results in RT-PCR detection of viruses. Reduction of concentration of viruses by
monochloramine [13], free chlorine and UV irradiation [14] was estimated from
the detection of decimal dilution series, which was not quantitative enough. In
this study, F-specific RNA coliphage was used as a model virus of enteric viruses
and was quantified after chlorination and UV irradiation by RT-PCR and plaque
assay.

2. MATERIALS AND METHODS

Preparation of QB: The F-specific RNA coliphage Qp was prepared from the lysate
broth of single-plaque-isolated stock. The plaque assay method used was double-
agar-layer method using E.coli K12, F*, A/A as the host strain [15].

UV radiation: The QB stock was diluted one to 400th by sterilized pure water to
reduce the absorbance of 260nm to 0.15/cm, and 35ml was applied in a petri dish
of diameter 5.6 cm. The petri dishes were placed at 10 ¢cm from a low-pressure
mercury UV lamp (15W) and continuously stirred by a magnetic bar during UV
irradiation. The UV intensity induced to the sample was measured using the QB
survival ratio method [16].

Chlorination: QB containing broth media was injected into NaClO solution in a
sterilized glass bottle with a cap or disposable tube, in which the broth media was
diluted 10,000 times, and chlorinated for 60min. The initial free chlorine
concentration ranged from 0.3 to 1.0 mgCV/L. Diethyl-p-Phenylene Diamine (DPD)
or Ortho-Tolidine (OT) method was applied to the determination of free and
combined chlorine concentration. After neutralization with Na,S,0,, chlorinated
QB was subjected to plaque assay and two kinds of RT-PCR methods.

RNA extraction: The direct heating method was used for extracting RNA of QB
coliphage in a sample. One hundred microliters of phage was added into a 0.5ml
Eppendorf tube and heated 10 minutes at 90°C then cooled quickly down to 4°C.
Primers: The primers for detecting QB were the sequences for amplifying the 3’
terminal region (setI ,setIl) or 5 terminal region (setlIl ,setIV ) on the replicase
gene of QB RNA genome and specific to F-specific RNA coliphage group III [17].
The sequences of primers used were;

setl-: 5TTTATTCACAATTAGGCGCCATS), setl+: 5CCATCGATCAGCTTATCTGTAS,
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setll- : ’CTCGTGTAGAGACGCAACCTTS3, setll+ : §GTCTACCGGCAAATTCGATATS’,
setlll- : ’AGAGTTAAATGGCGACTGACCATS, setlll+ : 5’GTGCCATACCGTTTGACTTCACTS’,
setIV- : ’GTGCGAGGTTACCTTCAACCTS, setIV+ : ’CAAGCCGTGATAGTCGTTCCTS'.
Reverse Transcription: Three microliters of direct heating-extracted RNA sample
were added into 17l of RT mixture. The RT mixture included 10mM Tris-HC] (pH
8.3), 50mM KCl, 5.25mM MgCl,, 1.0mM dNTPs, 1.0uM setl- primer, and
0.375U/ul AMV Reverse Transcriptase XL in total 20ul. The mixture was overlaid
with 40ul of mineral oil and incubated 30 minutes at 42°C, heated at 99°C for 3
minutes and quickly cooled down to 4°C.
Polymerase chain reaction(normal): To each tube after RT reaction, PCR mixture
was directly added to obtain 100l final volume. The PCR condition was 10mM
Tris-HCl(pH 8.3), 50mM KC], 1.5mM MgCl,, 1.0mM dNTPs, 0.2uM setI- primer,
0.2uM setl+ primer, and 0.025U/ul Taq polymerase. The reaction tubes were
incubated 3 min at 95°C, then 25 or 30 cycles of 95°C for 30sec, 50°C for 30sec,
72°C for 30sec, then finally 7min at 72°C and cooled down quickly to 4°C. The
length of amplicon was 193bp, while the total length of QB genome is 4217bp.
Nested PCR (normal): Fifty microliters of nested PCR mixture were prepared in
each new tube. The mixture included 9.6mM Tris-HCl (pH 8.3), 48mM KCl,
1.4mM MgCl,, 0.15mM dNTPs, 0.2uM setll- primer, 0.2uM setll+ primer, and
0.02U/ul Taq polymerase. Five microliters of sample after PCR were added into
each nested PCR mixture to obtain 55l final volume. The amplicon was 102bp.
The thermal protocol was the same as first PCR of 25 cycles.
Long RT-short PCR: The outline of long RT - short PCR method is shown in
Figure 1. The protocol of long RT-short PCR was the same as normal RT-PCR
until RT reaction with primer setl-. In the first and nested PCR, primer setIIl and
setlV were used respectively, in order to confirm that RNA were reverse-
transcripted through the replicase gene of QP RNA. The length of the RT region,
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the PCR amplicon and the nested PCR amplicon was 1909bp, 244bp and 141bp,
respectively.

Analysis of PCR product: Analysis of PCR products was conducted by gel
electrophoresis [4]. The band of the designed length on the agarose gel was
defined as positive detection. MPN method, decimal series of three or more
dilutions with five portions [18], was applied to quantify the PCR results.
Determination of RT region in long RT-short PCR method: In order to prove that
RT reaction was originated from the annealing point of primer setI-, the yields of
¢DNA with 5 non-specific primers in RT reaction was determined by nested PCR
using the primers setlll and setIlV. The primer setlll- was also applied in RT
reaction for the PCR efficiency using the primers setIII and setIV.

3. RESULT AND DISCUSSION

3.1 Sensitivity test

The MPN values and their ratios to plaque counts of QB stock are shown in
Table 1. The MPN/PFU ratios are defined as the MPN value divided by the
plaque counts per milliliter. Since the ratios obtained from normal RT-PCR had
geometric mean value of 0.32 and the standard deviation of its logarithm was 0.07,
ratio can be written as 10°**%  This result showed the MPN value from
normal RT-PCR had enough reproducibility and high sensitivity. On the other

Table 1
Ratio of MPN and PFU
PFU/ml Dilution factor MPN/ml MPN/PFU
™10 100 107 100 m
1.2X10° 55 55 35 -  31x10° 0.26
1.2X10° 5/  5/5 4/5 05 43x10°  0.36
pormaL 12X10° &5 55 55 15 12X10°  0.33

1.6xX10° 5/5 5/5 45 1/5 58%x10°  0.36
Geometric Mean 0.32
1.6X10° 55 2/5 05 05 16X10°  0.01
long RT- 1.2X10° 55 35 05 - 2.6X10°  0.022
short PCR  36x10° 55 55 45 15 58x10° 0.16

Geometric Mean 0.033
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hand, Since the ratios obtained from long RT-short PCR had geometric mean
value of 0.033 and the standard deviation of its logarithm was 0.62, the ratio can
be written as 10%%%%2 The MPN value from long RT-short PCR

3.2 Determination of RT region in long RT-short PCR method

The detection sensitivity of RT-PCR using setIIl- as RT primer was 0.2
PFU/tube, which is almost the same as normal RT-PCR. On the other hand, in
the 5 cases using non-specific primer in place of RT primer, the lowest
QB concentrations that had positive result were more than 10°PFU/tube. The
lowest concentration with positive result of long RT-short PCR was 10'P¥U/tube.
These results suggests that almost all the cDNA synthesized in the RT reaction
were not products of non-specific annealing of primer setl- but from specific
annealing. In the long RT-short PCR method, therefore, the template RNA should
be the position between the place specific to primer setl- and the PCR target
region. Since the condition of RT reaction was same in the both RT-PCR and the
sensitivity of setlll and setlV PCR was almost same as normal RT-PCR, the long
RT had lower recovery yields of cDNA than normal RT-PCR.

3.3 Detection of Qf disinfected by UV

The inactivation curve of QB by UV radiation is shown in Figure 2. After 15
min irradiation, the survival ratio became 107°. The intensity of UV radiation
calculated from the inactivation rate of QB was 110 pW/cm?®. The amount of UV
dose in 30 min was 200,000 pWs/cm? where the survival ratio of QB was

108
E o b
B X o}
a_‘ 4
% 10 X
= 2
S 10 X
g
S 100 X
— 2 -—
5 10
104 n 1 1 L L L
0 5 10 15 20 25 30 35
Irradiation time (min)

Figure 2. Inactivation of Qf by UV irradiation and
RT-PCR determination of QB genomic RNA

% plaque assay [PFU/ml

@ nomalRT-PCR [MPN/ml

O longRT-short PCR [MPNm]
== Dot detected



106

calculated to be 10"®. No difference was observed in MPN values of normal RT-
PCR by 200,000 pWs/cm?® of UV irradiation. From the theoretical consideration,
the length of template RNA of normal RT-PCR (190bp) and that of long RT-short
PCR(1909bp) were 4.5% and 45% of QP genomic RNA (4217bp), respectively.
Assuming that the RNA template with a pyrimidine dimer produced by UV
irradiation could not be reverse-transcripted, the long RT-short PCR would show
half amount of decrease of plaque counts did after UV irradiation. Hence, the
reverse-transcription was not terminated by the dimers produced by UV

irradiation.
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3.4 Chlorination of Qp

The concentration profiles of chlorine and QP in high (0.9 mgCl/L) dose case
and those in low (0.4 mgClL) dose case are shown in Figure3 and Figure 4,
respectively. The free chlorine in high dose case remained for 60 min, while in
low dose case the free chlorine almost disappeared and was converted to combined
chlorine in 1 min. The MPN values by the normal RT-PCR method decreased by
4log in 60 min in high dose chlorination, while the plaque counts showed 4log
decrease in 1 min. These results were in consistent with previous report on
poliovirus disinfected by free chlorine [14]. Long RT-short PCR was not tested
because its sensitivity was not enough for detection after high dose chlorination.
The MPN values of the normal RT-PCR method and of the long RT - short PCR
method showed no decrease in low dose chlorination, while the plaque assay
results showed 7log decrease in 30 min. Free chlorine remained in the solution
(Figure 3) and damaged the target site of normal RT-PCR method.

4. CONCLUSION

MPN enumeration was applied to the result of RT-PCR detection, which
proved to be successfully available for quantification of RNA coliphage Qp. The
long RT-short PCR had long RNA template, though it provide lower MPN values
by 10 times than normal RT-PCR.

Both normal RT-PCR and long RT-short PCR detected quantitatively the all
noninfectious QB damaged by UV radiation as positive.

Free chlorine destroyed Qp genomic RNA to reduce the MPN values of normal
RT-PCR. Both normal RT-PCR and long RT-short PCR detected quantitatively
the all noninfectious Q disinfected by combined chlorine as positive.
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Evaluation of UV-radiation and its residual effect for algal growth control

M. Z. B. Alam and S. Ohgaki

Department of Urban Engineering, The University of Tokyo, 7-3-1 Hongo, Bunkyo, Tokyo-
113-8656, Japan

In this study, the scope of using UV-radiation to control algal growth was assessed using
Microcystis aeruginosa as test species. A UV-dose of 75-mWs/cm’ was found to be lethal to
M. aeruginosa. A smaller dose of 37-mWs/cm’ prevented growth for about 7-days. Our study
clearly showed that UV-radiation might produce residual effect that was harmful to
microorganisms (M. aeruginosa and E. Coli.). It was also shown that the residual effect might
persist for long duration. The extent of residual effect increased with increasing UV-dose.
However, residual effect of UV-radiation is highly dependent on the constituents of the
irradiated water. Presence of organic matter which can act as photosensitizer is essential for
the residual effect of UV-radiation. We found that, UV-radiation can produce uM level of
H,0, in the irradiated water and the H,O, production increases with increasing UV-dose. The
H,0,, that was produced due UV-irradiation showed a first order decay (half-life of about 7-
days) while stored in the dark at 4°C. But when H,0, was externally added to the same
synthetic water, there was almost no change in H,0, concentration during 7-days of storage
under the same conditions. These results suggest the presence of reactive species which react
with H,O, in the irradiated water. It was also found that the extent of residual effect as well as
the H,0, production increases in the presence of metal ions (Fe**). Hence we concluded that
both H,0, and metal ions play significant role in producing the residual effect of UV-
radiation.

1. INTRODUCTION

Ultraviolet irradiation is a potent biocide; its effectiveness against various groups of
microorganisms is well documented [1-5]. However, there is little information about the
inactivation of algae by UV-radiation. Inactivation of algae by copper sulfate (in the lakes and
reservoirs) is detrimental to the ecology of the lake [6]. In water treatment facilities algae
increases the THMFP (trihalomethane formation potential) if ozone or chlorine is used as pre-
disinfectant [7]. In this study we tried to explore the scope of using UV-radiation for
management of algal-growth related problems in water resources facilities. Another important
phenomenon, namely the residual effect of UV-radiation, was also studied. Previously, it was
believed that UV-radiation does not produce any harmful disinfection by-product. But
recently, some researchers [8,9] have shown that UV-radiation may produce significant
residual effect. Lund, et al., 1994 [10], have suggested that UV-radiation may produce H,0,
which might be responsible for the residual effect. But there is no published data about the
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the concentration and fate of this UV-induced H,0,. So, we measured the H,0O, production
due to UV-radiation and attempted to determine its role in producing the residual effect.

2. MATERIALS AND METHODS

In this study, the scope of using UV-radiation to control algal growth was assessed using
Microcystis aeruginosa as test species. M. aeruginosa was selected for the experiments
because of its frequent association with seasonal algal bloom. The residual effect of UV-
radiation, was studied using M. aeruginosa and E. coli as test species. Synthetic water
containing various combinations of organic matter, metals and inorganic nutrients was
irradiated under low-pressure mercury lamps. After irradiation, M. aeruginosa and E. Coli
were inoculated in the irradiated water and their growth was monitored.

2.1 Cultivation of algae

Axenic culture of blue green algae Microcystis aeruginosa was obtained from National
Institute for Environmental Studies (NIES), Japan and was then grown in standard culture
media (CT-media [11]). The pH was adjusted to 9.0 by buffering with bicine (N,N-2Bis(2-
hydroxymethyl) glycine C;H;;NO,) instead of Tris (hydroxymethyl) aminomethane. Cultures
were maintained at 25°C in an incubation chamber with controlled humidity and lighting.
Fluorescent lamps (FL20SW-B, GE/Hitachi) were used as the light source with an automated
16h/8h-light/dark cycle. The light intensity during the light phase was 1500-lux.

2.2 Effect of direct UV-radiation

Samples were prepared by inoculating exponentially growing cells into autoclaved media to
give an initial concentration of about 10° cells/ml. To assess the effect of direct UV-radiation
(254 nm), 40-ml samples were irradiated in petridishes (depth of the sample = 0.67 cm) for 30
seconds to 2 minutes. The intensity of UV-radiation at the surface of the sample was
measured by a UV-radiometer (Topcon Corp., Japan) and the intensity varied from 1 to 1.5-
mW/cm’. Trradiation was done either by a single low-pressure mercury lamp (National Co.
Ltd., GL-10, 10W), or by two low-pressure mercury lamps (Toshiba corp., GL-20, 20W each).
The UV-dose was calculated using Beer-Lambert law. After irradiation, the samples were
incubated in an incubation chamber (1500-lux fluorescent light, 25°C temperature, 16h/8h-
light/dark cycle) in 60-ml Pyrex glass tubes. The growth was measured by counting cells in
haemocytometers by a phase contrast microscope. Only those cells that showed no visible
damage were counted, i.e., broken and faded cells were considered dead. All growth
experiments were carried out in triplicate.

2.3 Residual effect on M. aeruginosa

To study the residual effect of UV-radiation on algae, the standard culture media for M.
aeruginosa JWWA, 1993) was irradiated under two low-pressure mercury lamps (Toshiba
corp., GL-20, 20W each) for 1 to 3 minutes to produce UV-doses of 100, 200, 400 and 800
mWs/cm?. Intensity of radiation at the surface was varied between 1.5-mW/cm’ to 6-mW/cm’
by changing the distance between the surface of the liquid and the lamps. After irradiation,
exponentially growing M. aeruginosa was inoculated in the irradiated water to produce an
initial cell concentration of about 10° cells/ml. Then we monitored the survival of the test
organisms in the irradiated water by counting the cells in haemocytometers under microscope.
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The culture media for M. aeruginosa contains organic matter (N,N-2Bis(2-hydroxymethyl)
glycine, C;H;NO,), metals (Fe, Mn, Al) and inorganic nutrients (N, P).

2.4 Residual effect on E. coli

In case of E. Coli., K12 A/A (F"), three different combinations of synthetic water were used
— (i) Synthetic water containing organic matter (N,N-2Bis(2-hydroxymethyl) glycine,
CH,;NO,), inorganic nutrients (N,P) and metal (0.12 mg/l FeCl;,6H,0) (ii) Synthetic water
containing only metals and inorganic nutrients (no organic matter) (iii) Synthetic water
containing only organic matter and inorganic nutrients. After UV-radiation of 400, 800 and
1600 mWs/cm?, samples were inoculated with E. Coli. Cell densities were then monitored for
48 hours.

2.5 Role of H,0, in producing the residual effect

Measurement of H,O,, produced due to UV-radiation. H,0,, produced during irradiation,
was measured using an inverse-fluorometric method [12]. This method involves the
transformation of scopoletin (7-hydroxy-6-methoxy—2H-benzopyran-2-one) into a
nonfluorescent, colorless product when it reacts with hydrogen peroxide under the action of
horseradish peroxidase. The hydrogen peroxide in the sample oxidizes the scopoletin upon
addition of horseradish peroxidase, resulting in an immediate decrease of fluorescence. The
hydrogen peroxide concentration is determined from the difference in fluorescence before and
after addition of catalyst. Calibration curves are obtained by recording the decrease in
fluorescence upon addition of H,0, stock solution. The concentration of the stock solution
was determined periodically by titration with standard KMnO,.

Production and persistence of H,0, produced by UV-radiation. To identify the possible
mechanism that causes the residual effect of UV-radiation, we decided to check the role of
H,0,. 30-ml of culture media was subjected to UV-radiation from two low-pressure mercury
lamps to produce UV-doses of 150, 400, 800 and 1600 mWs/cm®. H,0,-production due to
these four different doses was then measured by inverse fluorometric method [12]. Some of
the samples were stored in screw capped glass tubes and were then kept in the dark at 4°C
temperature to determine the half-lives of UV-induced H,0,.

3. RESULTS AND DISCUSSIONS

3.1 Effect of direct UV-radiation

The effect of direct UV-radiation on M. aeruginosa for three different UV-doses is shown in
Figure 1. As shown in the figure, there was no change in cell density immediately after
irradiation for any of the three UV-doses. But after 24 hours of incubation under fluorescent
light, there was significant difference in cell density between the irradiated samples and the
control (no UV-irradiation). And at the end of the third day, the cell densities in all of the
irradiated samples were less than 25 percent of that of the control. After the third day, the
green color of the cells that were subjected to a UV-dose of 150-mWs/cm?, gradually started
to fade and at the end of seventh day, all of these cells were either completely faded or their
cell-walls were broken. But cells that were subjected to lesser UV-doses (37-mWs/cm® and
75-mWs/cm®) continued to survive. But interestingly, the cell densities in these samples
remained the same throughout the incubation period, whereas the cell density in the control
increased from 5.4*10* cells per ml to 1.0%¥10° cells per ml within the same period. And
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Figure 1. Growth of M. aeruginosa after short exposure to germicidal UV-irradiation. The
cells were incubated in 60-ml pyrex tube. Vertical bars show standard deviation of each
data set. The dotted line indicates that all the cells were dead.

microscopic observation also did not show any cell division in the irradiated samples. This
probably indicates damage to the reproduction system of the cells. Interestingly, there was
little difference, in terms of cell density, between the effect of 37-mWs/cm? dose and 75-
mWs/cm® dose. But whereas all the cells that was subjected to 75-mWs/cm?® dose settled to
the bottom of the tube, a small number of cells subjected to 37-mWs/cm® dose remained in
suspension.

3.2 Residual effect on M. aeruginosa

A summary of the results of the indirect effects of UV-radiation on algal-culture media
containing bicine is detailed in Figure 2 (a) and (b). The figures show the growth profiles of
the test organism (M. aeruginosa) with time. As shown in the Figure 2(a), when the culture
media for M. aeruginosa was irradiated by an incident UV-dose of 100-mWs/cm’, it produced
no residual effect on the growth of the test organism. When the dose was increased to 200-
mWs/cm?, initially there was no significant difference between the control and the irradiated
sample. But at the end of 7-days, the cell density in the irradiated sample was only 50% of
that in the control. When the dose was increased to 400 mWs/cm?, the residual toxic effect
caused complete mortality of all the test organisms. The toxic effect persisted, although some
exposed cells survived (after 3-days, cell concentration was only 3% of that in the control)
when the irradiated samples were stored for 24-hours before it was inoculated with test
organism. But when the storage period was increased to 7-days, no significant residual effect
on the growth of test organism was observed for an incident UV-dose of 400-mWs/cm’
(Figure 2(b)).

But for a higher dose (800-mWs/cm?) the effect persisted even after 7-days storage (Figure
2(b)). So, for higher UV-dose the residual effect persists for longer duration.
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Figure 2. Residual effect of UV-radiation on M. aeruginosa. (a) Test organisms were
inoculated in the irradiated water immediately after irradiation . (b) After irradiation,
samples were kept in the dark at 4°C for 1-7 days, before the inoculation of test organisms.
Vertical bars show the standard deviation of each data set. The dotted lines indicate that all
the cells were dead.

The residual effect of UV-radiation can be partly explained by the action of photosensitizers.
These are compounds that are transformed from the low-energy ground state to a higher
energy electronically excited state by absorption of photon and are capable of transferring
their energy to other molecules. The energy transfer may induce chemical reactions producing
intermediate compounds like singlet oxygen, hydrogen peroxide and OH-radicals, which in
turn may have toxic effect on algae [8,10,13]. Among these species, only H,0, is likely to
survive in water for the time period for which the residual effect was observed.

3.3 Residual effect on E. coli.

Use of algae as the test organism of biocidal effect allowed the study of residual effect only
on specific media; because any variation in the specific media would itself be harmful to algal
growth. In an attempt to overcome this problem, we used E. coli as the test organism to study
the effect of organic matter and metal in producing the residual effect.

Residual effect on media. We found that UV-radiation of algal culture media does not
produce any significant residual effect for any of the samples when a contact time of 15
minutes was allowed (Table 1). When the contact time was increased to 90 minutes, 400 and
800 mWs/cm* dose did not show any significant residual effect but for the 1600 mWs/cm®-
dose, the population decreased by more than 50%. This indicated the significance of contact
time in the residual effect test. So we decided to observe the residual effect for long contact
period. As shown in Table 1., after a contact time of 24 hours the percentage reduction (as
compared to the control) of bacterial population in all the irradiated samples were more than
97%.

These results indicate that due to UV-radiation some biocidal agent is produced which
survives for significant period of time.



114

Table 1
Residual Effect of UV-radiation on E. Coli
UV-dose, o g © 2
§, 5% &, 5% §, §% &, &%
r=RR) o = 5] =i o3 o Q O
SE &8 S& SB SE £% SE &%
400 15min N.R. 90min 245% 24hrs  973% 48hrs  99.4%
800 15min  N.R. 90min 22.5% 24hrs 98.6% 48hrs 100%
1600 15min  N.R. 90min 59.5% 24hrs  100% 48hrs  100%

*N.R. indicates no reduction as compared to the control

Effect of organic matter and metal. When synthetic water containing only metal and
inorganic nutrients were irradiated under UV-light, no significant residual effect of UV-
radiation was evident on E. coli., even after 48 hours. This clearly indicates that the presence
of organic matter is essential for the residual effect.

Irradiated synthetic water containing only bicine and nutrients (no metal) showed very little
residual effect. After 24 hours, the cell densities in the irradiated samples were considerably
low. But during incubation, the cell densities continued to increase in the control as well as in
the irradiated samples. This indicates that metals plays an important role in producing the

residual effect.

3.4 Production of H,0, due to UV-radiation
H,0, production in UV-irradiated culture media. A UV-dose of 150 mWs/cm® produced

about 0.54 uM H,0,. Higher UV-dose produced higher concentration of H,0,. When the
H,0, concentrations were plotted against the UV-doses, it produced a good linear fit (r* =

0.994)(Figure 3).

H,0, Conc. after irradiation, micrmole/i
w

0 T T T T T T T
0 200 400 600 800 1000 1200 1400 1600 1800
UV-dose, mWs/icm’

Figure 3. H,0, generation due to UV-irradiation. The linear
fit is described by the equation, y = 0.1322 + 0.00354 x (" =
0.99).
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These results indicate a very good correlation between the residual effect of UV-radiation
and H,0, production. As was shown in Figure 2(a), increasing the UV-dose also increased the
extent of residual effect. In agreement with this trend, increased UV-dose also produced
increasing H,0,. This suggests that H,0, could indeed play a key role in producing the
residual effect.

H,0, production in UV-irradiated synthetic water. We showed that various combinations of
organic matter, metals and nutrients produced different extent of residual effect. If H,0, was
mainly responsible for the residual effect, than it could be expected that H,0, production in
those synthetic waters would show similar pattern as that of residual effect. To verify this,
different combination of bicine, metal and nutrients were irradiated by UV light and then
H,0O, production was measured. The results are shown in Table 2.

No H,0, was produced in synthetic water containing no organic matter. For similar UV-
dose, synthetic water containing only organic matter and inorganic nutrients produced the
least amount of H,0,. And synthetic water containing iron and organic matter produced the
highest concentration of H,0,. These results are also consistent with the previous results- UV-
irradiation of synthetic water with only nutrients and metal did not produce any residual
effect; metal free synthetic water only produced little residual effect; and combination of
metals, nutrients and bicine produced the maximum residual effect. So, there is clear
correlation between the H,0, production and residual effect.

3.5 Persistence of H,0, in UV-irradiated water

The results are shown in Figure 4. As shown in the figure, H,0,-produced due to UV-
radiation can persist in the water for long period. While stored in the dark at 4°C, UV-
produced H,0, showed a first order decay with half-life of about 7-days. This is not consistent
with the fact that the residual effect of UV-radiation diminishes at a faster rate. Because if
H,0, alone was responsible for producing the residual effect, then it would have continued for
a longer duration

Moreover, when H,0, was externally added into non-irradiated culture media, there was
almost no change in H,0, concentration during the 7-days of storage. This result indicate that
the change in H,0, concentration in the irradiated sample was probably due to reaction with
other reactive species.

Table 2
H,O, production in UV-irradiated synthetic water
Constituents UV-dose, H,0, Concentration
mWs/cm’ p-mole per liter
FeCl,,6H,0, Nutrient 1600 0
Bicine (500 mg/l), Nutrient 1600 2.09+0.12
Bicine (500 mg/1), Nutrient, FeCl,,6H,0 1600 7.09 £0.47

(0.12 mg/l)
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Figure 4. Decay of UV-irradiation-induced H,0, with time. The
best fit curve is drawn for the data of 800-mWs/cm’ UV-dose.

4. CONCLUSIONS

This study shows that UV-radiation has the potential to be used as an effective means to
control algae. As relatively small UV-dose (37 mWs/cm®) can control the algal reproduction
for a significant period of time, UV-radiation prior to the bloom period may act as an
effective means to control seasonal algal bloom. Our study clearly shows that UV-radiation
may produce residual effect that is harmful to microorganisms (M. aeruginosa and E. Coli.).
It was also shown that the residual effect might persist for long duration. The extent of
residual effect increased with increasing UV-dose. However, residual effect of UV-radiation
is highly dependent on the constituents of the irradiated water. Presence of organic matter
which can act as photosensitizer is essential for the residual effect of UV-radiation. UV-
radiation produced pM level of H,0, in the irradiated water and the H,O, production
increased with increasing UV-dose. The H,0,, that was produced due UV-irradiation showed
a first order decay (half-life of about 7-days) while stored in the dark at 4°C. But when H,0,
was externally added to the same synthetic water, there was almost no change in H,0,
concentration during 7-days of storage under the same conditions. These results suggest the
presence of reactive species which react with H,0, in the irradiated water. The extent of
residual effect as well as the H,0, production increased in the presence of metal ions (Fe’*).
Hence we concluded that both H,0, and metal ions play significant role in producing the
residual effect of UV-radiation.
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The study of microbial communities in wastewater has generally focused on water pollution
and water quality management issues. Coliform bacteria and also bacteriophages have been
recognized as having potential for use as biological indices for contamination of water. This
study was conducted to confirm the presence of various types of bacteriophages, coliform and
fecal coliform bacteria in raw wastewater and treated wastewater from 15 sources, including
domestic, industrial and agricultural wastewaters. Bacteriophages investigated in this study
were bacteriophage B, bacteriophage C and F-specific bacteriophages. The results showed
that F-specific bacteriophages, in particular RNA-F-specific bacteriophage were present in
sewerage wastewater and wastewater from slaughterhouses, pig farms and cow farms.
Bacteriophage C was detected at higher levels than bacteriophage B and F-specific
bacteriophages in almost all the wastewater sources examined. Correlation between the
concentration of each bacteriophage and coliforms/fecal coliforms was statistically calculated
using linear correlation analysis. It can be concluded that bacteriophage B, bacteriophage C,
F specific bacteriophage and RNA-F-specific bacteriophage can be used as pollution
indicators while F specific bacteriophage and RNA-F-specific bacteriophage can be used as
indicators of animal waste pollution.

1. INTRODUCTION

A variety of microorganisms are found in wastewater. However, as far as engineers and
water quality microbiologists are concerned, the agents of greatest interest are coliform
becteria and bacteriophages. There are two principal groups of coliform bacteria: the fecal
coliforms (of which the bacterium Escherichia coli has been most studied) and the total
coliform group, which includes the fecal coliforms and consists mainly of species from the
genera Citrobacter, Enterobacter, Escherichia, and Klebsiella. The former are exclusively
fecal in origin, whereas the latter, although commonly found in feces, also occur naturally in
soils and waters. Only the fecal coliforms are definitive indicators of fecal pollution. In water
bacteriology the total coliforms are regarded as “presumptive” indicators of pollution but in
wastewater bacteriology, this group is of considerably less importance, because many are
non-fecal in origin and because they can multiply in the environment under suitable
conditions, especially in hot climates. Thus their presence or numbers may not necessarily
relate to either the occurrence or degree of fecal pollution [1].
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Bacteria are host to a special group of viruses called “bacteriophages” or “phages”.
Bacteriophages have been recorded for many species of bacteria. Coliphages were recognized
as bacteriophages that infect and replicate in coliform bacteria and appear to be present
wherever bacteria from the total and fecal coliform groups are found. However, there is little
literature on the relationship between coliforms and bacteriophages in the aqueous
environment, especially in tropical areas. Further knowledge on the presence of coliforms
and bacteriophages in various types of raw wastewater, treated wastewater and natural water
together with the correlation between bacteriophages and coliforms would be highly valuable
in helping to assess the quality of water and wastewater. This study was carried out to
investigate the presence of these groups of microorganism in various sources of raw
wastewater, treated wastewater and natural water. Results of the study provide information
on the relationship between coliforms and bacteriophages in the aqueous environment and
their use as indicators of water quality.

2. METHODOLOGY

2.1. Wastewater and water sampling

Grab samples of wastewater and water from natural sources were taken from 22 points
during July-September 1998 in Songkhla province in southern Thailand. At each sampling
point, wastewater and water samples were taken 3 times. A total of 66 wastewater and water
samples were taken from 2 sources of natural water, 14 sources of raw wastewater and 6
sources of treated wastewater. Natural water samples were taken from river and coastal water.
The 14 raw wastewater samples were taken from 4 domestic sources, 6 sources of agro-based
industries and 4 agriculture/aquaculture sources, while the treated wastewater samples were
taken from 3 domestic sources and 3 sources from agro-based industries. Table 1 gives full
details of water and wastewater samples taken during this study. All samples were kept in an
ice box, transferred to the laboratory and analysed immediately upon arrival.

2.2, Analysis of physical and chemical characteristics

pH, temperature, suspended solids (SS), chloride, and chemical oxygen demand (COD)
were determined for all samples. Physical characteristics were determined at the sampling
site. Chloride, SS and COD were analyzed following the procedures described by APHA,
AWWA & WEF, (1995) [2].

2.3. Analysis of biological characteristics

(a) Enumeration of coliform bacteria and fecal coliform bacteria

Total coliform bacteria and fecal coliform bacteria populations in the samples were
determined by using the multiple tube fermentation technique as described by APHA,
AWWA & WEEF, (1995) [2].

(b) Coliphage assay

Water and wastewater samples were pretreated to remove some of the bacteria present by
centrifuging at 12,000 rpm for 20 minutes at 4 °C. Indigeneous coliphage enumeration was
performed following the method described by Ketratanakul in 1989 [3]. The double agar layer
technique was done with media containing 1% polypeptone, 0.5% yeast extract (Difco), 0.5%
NaCl, 0.02% MgSO,. 7TH,0, 0.005% MnSO,.4H,0 and 0.15% dextrose with the final pH
adjusted to 7.0+0.2. This media was used for culturing host bacteria, dilution and as a base
medium for bottom agar and top agar. Bottom agar and top agar consisted of 1.1% and 0.6%
bacto agar (Difco) respectively. The host bacteria used in this investigation were young
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Table 1
Water and wastewater sampling points and sample numbers
Sampling points Number of Sample Total
Raw wastewater Treated wastewater  samples

1. Domestic sources
Hospital
Residential building
Hotel
Sewerage
Septic tank -

2. Agro-based industry
Frozen sea food industry
Fish mill industry
Fishery port
Slaughterhouse (pig)
Slaughterhouse (cattle)
Slaughterhouse (chicken)

3. Agricultural areas
Pig farm
Cow farm
Shrimp farm
Fish farm

4. Natural waters
River water 3 -
Coastal water

W W W W
W W
W LN WA

W

W W W W W W
W W
W W oW

W W W W
W W W W

w
'
(V)

E. coli B, E. coli C and E. coli K12 F' (A/L) with a cell age of 3.5-4 hours and a cell count of
about 10 CFU/mL.

A sample or a diluted sample (0.1 mL) was mixed with 0.3-0.35 mL of young bacterial host
culture, 0.25 mL of 0.1 M CaCl, and 4.0 mL of melted top agar. This mixture was poured
over the surface of bottom agar, allowed to solidify and incubated at 37°C for 12-16 hours.
After incubation, plaques were counted. Coliphage B, coliphage C and F-specific coliphage
were assigned by the use of bacterial hosts E. coli B, E. coli C and E.coli K12 F* (A/))
respectively. RNA-F-specific coliphage was enumerated separately by plating with and
without RNase A, Sigma (100 pg/plate) on a lawn of E.coli K12 F* (A/)) bacterial host. The
difference in counts on plates with and without RNase showed the number of RNA-F-specific
coliphages present.

2.4. Statistical analysis

Statistical analysis was performed using linear regression analysis to investigate correlation
between each bacteriophage with total coliform bacteria and fecal coliform bacteria in water
and wastewater samples.
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3. RESULTS AND DISCUSSION

3.1. Physical and chemical characteristics of water and wastewater samples

The chemical and physical characteristics of water and wastewater samples investigated in
this study are summarized in Table 2. Sample temperature ranged from 18 to 36°C and pH
ranged from 6.61 to 10.00. The temperature of the wastewater sample taken from a frozen sea
food industry sampling site was found to be lowest with a value of 18°C. Chloride
concentrations of samples were in the range 11-18,443 mg/L, with higher concentrations
attributed to the influence of salts contained in the samples. Samples from a fishery port, fish
farm, and shrimp farm contained chloride concentrations higher than 10,000 mg/L. Suspended
solids and COD were between 8.6-2,560 mg/L and 10-4,028 mg/L, respectively. The highest
COD concentration was determined in samples taken from a pig farm while the lowest COD
concentration was found in river water samples.

3.2. Appearance of total coliform bacteria and fecal coliform bacteria in the samples

Figure 1 shows the concentrations of total coliform bacteria and fecal coliform bacteria
detected in water and wastewater samples. Total coliform bacteria and fecal coliform bacteria
in raw wastewater taken from domestic sources were found to be in the range 4.3 x 10°— 1.1 x
10* MPN/100mL, and 2.3 x 10° — 2.4 x 10" MPN/100mL respectively. Hospital wastewater
samples contained the highest concentrations of total coliform bacteria and fecal coliform
bacteria within this set. After wastewater was treated, concentrations of total coliform and
fecal coliform bacteria were found to decrease by more than 95%. Total coliform bacteria and
fecal coliform bacteria in samples from agro-based industrial sources were found to be greater
than 10* MPN/100mL in all cases. Total coliform and fecal coliform bacteria from
slaughterhouse samples were found to be highest within the agro-industry set with a
concentration of more than 10’ MPN/100mL.

Table 2
Summary of physical and chemical characteristics of water and wastewater samples
Sampling points Temperatur pH Chloride Suspended  COD
e (°C) (mg/L) Solids (mg/L)
(mg/L)
1. Domestic sources
Raw wastewater 26-31 7.15-10.00 39-242 17-164 78-465
Treated wastewater  29-31 7.25-792  65-130 12-72 59-416
2. Agro-based industry
Raw wastewater 18-36 6.45-8.99 30-11,496 40-1,680 298-
3,167
Treated wastewater 28-34 6.61-942  95-1,795 12-160 172-417
3.Agricultural areas
Raw wastewater 27-32 7.05-849  50-15,704 14-2,560 791-
4,028
4. Natural waters
River water 29-30 6.80-6.90 11-16 38-60 10-40

Coastal water 29-31 8.08-8.10 18,002-  86-102 -
: 18,443
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Figure 1. Numbers of total coliform bacteria and fecal coliform bacteria in samples.

In samples from agricultural areas, concentrations of total coliform bacteria and fecal
coliform bacteria were found to be within the range from < 3 - 1.1 x 10* MPN/100mL. Within
this set, the highest concentrations of both bacterial groups were observed in samples from a
pig farm, whereas the lowest concentrations were found in sample from a shrimp farm. Total
coliform bacteria and fecal coliform bacteria of shrimp farm samples ranged between <3 - 43
MPN/100mL and <3 — 7 MPN/100mL respectively. Samples from the fish farm were found to
contain coliform and fecal bacteria levels higher than samples from the shrimp farm. Total
coliform and fecal coliform bacteria in coastal water samples were detected to be lower than
samples from river water samples. However, concentrations of total coliform and fecal
coliform bacteria detected in river water samples were observed to be three times lower than
concentrations detected in wastewater samples from sewerage.
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3.3. Appearance of bacteriophages in the samples

Coliphage B, coliphage C, F-specific coliphage and RNA-F-specific coliphage were
detected in all samples as illustrated in Figure 2. It was observed that coliphage C was
detected in highest quantities in almost samples examined in this study. Among the raw
wastewater samples from domestic sources and agro-based industry, it was found that
bacteriophages of all types were detected to be lowest in samples from fish mill industry and
highest in samples form the pig slaughterhouse. However, the highest concentration of all
groups of bacteriophages was determined in wastewater samples from the pig farm, with a
value of more than 10° PFU/mL. Bacteriophages were not detected in the samples from
shrimp and fish farms or samples from coastal water. Bacteriophages were detected in river
water samples, but the concentrations were very low.

domestic sources : agro-based industries | Agricultural  Natural
: activities  : water
(a) raw wastewater(b) treatcd  :  (a) raw wastewater {b) treated H
wastewater . waslewater
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Figure 2. Concentrations of bacteriophages detected in water and wastewater samples.
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Coliphage B, F-specific coilphage and RNA-F-specific coliphage were determined at highest
levels in samples from a plant for killing chickens, with average concentrations of 2.23 x 10*
PFU/mL, 2.07 x 10* PFU/mL and 6.99 x 10° PFU/mL respectively. Coliphage C was detected
in highest quantities in samples from the pig farm, with an average value of 5.26 x 10
PFU/mL.

For raw wastewater samples taken from domestic sources, 4 groups of bacteriophages were
detected with in the range of 10*-10° PFU/mL. Effluent samples from the septic tank also
showed four groups of bacteriophages with an average concentration range of 4.95 x 10° to
6.59 x 10 PFU/mL. In this investigation, RNA-F-specific coliphage was determined to be
present at the level of 10° to 10° PFU/mL in all raw wastewater samples taken from domestic
sources. Other studies have found RNA-F-specific coliphage concentration levels in raw
sewage ranging from 10° to 10° PFU/mL by utilizing male strain of Escherichia coli or
Salmonella typhimurium strains as  specific host bacteria [3-6]. In 1990, Havelaar ef al.[7]
also reported that RNA-F-specific coliphages could be often detected in faeces from pigs and
adult chickens. Moreover, RNA-F-specific coliphage of all samples investigated in this study
were in the range of 23-100% of indigeneous coliphages (Table 3). This finding is consistent
with Ketratanakul and Ohgaki’s study in 1988 [8]. They reported that the percentage of RNA-
F-specific coliphage detected was found to be 19-83% of indigeneous coliphage content
detected in sewage samples in Japan. It can therefore be concluded that the appearance of
RNA-F-specific coliphage in wastewater samples in this study is similar to patterns
previously reported around the world.

3.4. Correlation between bacteriophages, total coliform bacteria and fecal coliform
bacteria

Correlation coefficients (r) for the relationships between numbers of bacteriophages, total
coliform bacteria and fecal coliform bacteria are summarized in Table 4. The coefficient for
the relationship between numbers of coliphage B, coliphage C, F-specific coliphage, RNA-F
specific coliphage and the fecal coliform bacteria numbers over all samples was observed to

Table 3

The average percentage of RNA-F-specific coliphages in wastewater samples.
Wastewater Source Percentage in Percentage in

Raw Wastewater Treated Wastewater

Hospital 49 76

Hotel 30 36

Residential Building 80 -

Sewerage 78 -

Septic Tank - 78

Fish Mill Industry 100 -

Frozen Sea Food Industry 78 94

Slaughterhouse: Pigs 72 39

Fishery Port 23 -

Slaughterhouse: Chicken 36 -

Slaughterhouse : Cattle 60 -

Pig Farm 40 -

Cow Farm 73 R
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Table 4
Correlation coefficients (r) for the relationships between number of bacteriophages, total
coliform bacteria and fecal coliform bacteria.

Bacteriophages Correlation Coefficients (r)
A B C
Total Fecal Total Fecal Total Fecal
Coliform Coliform Coliform  Coliform Coliform Coliform
Bacteria Bacteria  Bacteria Bacteria Bacteria  Bacteria
Coliphage B 0.902 0.906 0.810 0.780 0.660 0.720
Coliphage C 0.899 0.907 0.780 0.770 0.740 0.750
F-specific 0.886 0.890 0.820 0.790 0.740 0.770
Coliphage
RNA-F-specific  0.883 0.885 0.810 0.770 0.730 0.770
Coliphage
Number of 198 198 126 126 45 45
Samples

A: Data from all samples was used in calculation.

B: Only data from raw wastewater samples was used in calculation.

C: Only data for raw wastewater from slaughterhouses and animal farms was used in
calculation.

be high with a value of about 0.9. This implies that four types of coliphages could be used
as a pollution indicator index. However, meaningful relationships between F-specific
coliphage or RNA-F-specific coliphage and total coliform and fecal coliform bacteria could
also be observed. When wastewater data of slaughterhouses and animal farms were used for
correlation analysis, the r values of the data set between fecal coliform bacteria and either F-
specific coliphage or RNA-F-specific coliphage were observed to be highest. This indicates
that RNA-F-specific coliphage and F-specific coliphage have potential for use as an indicator
index for animal waste pollution.

4. CONCLUSION

From the results obtained in this study, the following conclusions can be drawn.

1) When E. coli K12, F* (A/L) is used as a bacterial host, RNA-F-specific coliphages in raw
wastewater samples from domestic sources can be consistently detected at numbers more than
10 PFU/mL. 23-100% of indigeneous coliphages in wastewater from domestic sources,
agricultural activities and agro-based industry were found to be RNA-F-specific coliphages.

2) Based on the quantitative data on bacteriophage counts and correlation analysis between
numbers of total coliform bacteria, fecal coliform bacteria, and each type of bacteriophage, it
can be concluded that bacteriophage B, bacteriophage C, F specific bacteriophage and RNA-
F-specific bacteriophage can be used as pollution indicators while F specific bacteriophage
and RNA-F-specific bacteriophage can be used as indicators of animal waste pollution.
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Assessment of treatment efficiency by quantitative recovery of indicator bacteria
and pathogens in sewage effluents.

S. . Khan and N. Kamal
Department of Microbiology, University of Dhaka, Dhaka-1000, Bangladesh.

The present study delineates into quantification and identification of bacterial indicators
and enteropathogens in sewage ecffluents and their maximal recovery by modifying
conventional enrichment media. The study also examined the drug sensitivity of the isolates
and virulence property of E. coli. Five commonly used selective culture media were employed
for the quantitative isolation of the indicator bacteria and/or enteropathogens including the
non-selective Nutrient Agar for total aerobic heterotrophic count, also a pollution indicator.
The organisms isolated were the species of Aeromonas, Bacillus, Citrobacter, Escherichia,
Enterobacter, Klebsiella, Pasturella, Proteus and Pseudomonas. The total coliform count at
the discharge point of the sewage treatment plant was 5.3 x 10° ¢fu/100ml, whereas it was
1.4x10° cf/100ml in the receiving river water. The faecal coliform count at the discharge
point of the sewage treatment plant and in the water of the river Buriganga was respectively
8.4x10* cfi/100ml and 4.4x10* cfu/100ml, whereas the number of total heterotrophs were
respectively 2.8x10” cfu/100ml and 5.5x10° cfu/100ml. Considerable recovery of
stressed/injured cells was evident when the newly designed pre-enrichment and enrichment
media were used as compared to the conventional enrichment medium. Almost 90% of the
isolates was resistant to bacitracin, whereas 96%, 90%, 80% and 73% of the isolates were
susceptible to gentamycin, kanamycin, ciprofloxacin and amoxycillin respectively. On
haemagglutination test, all the five E.coli isolates were found to be nonhaemolytic as well as
nonenteropathogenic.

1. INTRODUCTION

Pollution in its broadest sense includes all changes that curtail natural utility and exert
deleterious effect on life. The crisis triggered by the rapidly growing population and
industrialization with the resultant degradation of the environment causes a grave threat to the
quality of life. Degradation of water quality is the unfavourable alteration of the physical,
chemical and biological properties of water that prevents domestic, commercial, industrial,
agricultural, recreational and other beneficial uses of water [1]. Sewage and sewage effluents
are the major sources of water pollution. Sewage is mainly composed of human faecal
material, domestic wastes including wash-water and industrial wastes. If these are discharged
into river or sea without proper treatment, this may cause threat to the aquatic life and other
consumers [2]. Unfortunately there is no standard or effective sewage treatment plant in
Bangladesh. Everyday a large volume of sewage is being discharged into various rivers
without proper treatment [3].The existing lagoon type sewage treatment plant designed for a
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peak sewage flow of 40 mgd [1] is not adequate for the treatment of Dhaka city sewage to a
satisfactory level.

Water related diseases remain the major cause of mortality and morbidity in Bangladesh
[4]. More than 50 percent of all illnesses in Bangladesh are waterborne or water-related [5].
About 15 percent of cases of death among 5-14 year old children are caused by diarrhoea.
Enteropathogens and other non-indigenous bacterial species when discharged into natural
environments have a tendency to decline [6]. There are also reports that Escherichia coli ,
Klebsiella spp. , Vibrio spp. and other enteropathogens may survive indefinitely in tropical
waters and may even multiply [7,8]. Non-indigenous organisms in the environment are
exposed to various types of sublethal stress, starvation and injured and could be in a state of
metabolic arrest [9,10]. Most recovery or enrichment media are designed for clinical purposes
and contain excessive nutrients and toxic selective agents which may have an inhibitory
effect on bacterial cells of environmental origin and may adversely affect their recovery. Pre-
enrichment or enrichments with growth stimulating and cell resuscitating components have
been designed to repair and recover stressed/injured bacterial cells with some success [9-11].

Waterborne diseases are often treated with various antibiotics. However, pathogens which
are not inherently resistant to an antibiotic may become resistant to that antibiotic by mutation
or by acquiring a drug resistant plasmid. In the presence of the drug, the mutated pathogen has
a selective advantage and may replace the parent type [12]. Thus drug resistant pathogens in
the environment might be capable of producing more severe outbreak of epidemics. With this
end in view, the specific objective of this investigation has been designed to isolate and
identify the indicators and/or enteropathogens in sewage effluents and their quantification in
effluents and discharged river water. The newly designed pre-enrichment and enrichment
techniques were used for maximal recovery of indicators and enteropathogens from the
environmental samples. This study also includes testing of drug sensitivity of the organisms
and the virulence property of the E. coli isolates.

2. MATERIALS AND METHODS

2.1 Sampling site and collection of sample

Forty-two samples of sewage effluents and river water were collected from the lagoon
system of sewage treatment plant at Pagla, situated on the northern side of Dhaka-
Narayanganj road. The plant receives the sewage and after partial physical and natural
biological treatment in the lagoon, the effluent is discharged into the river Buriganga. Six sites
in the lagoon and one at the river Buriganga were chosen for the collection of samples. These
sites include, inlet (sampling site 1,where the sewage effluents from the pipeline enter the
plant), measuring point (sampling site 2, where liquid is collected after partial sedimentation
of solids), oxidation pond No. 5 (sampling site 3), oxidation pond No. 10 (sampling site 4)
and oxidation pond No. 15 (sampling site 5) (out of twenty oxidation lagoons, three were
chosen for the collection of samples), discharge point (sampling site 6) and water from the
downstream of the river Buriganga (sampling site 7).

Samples were collected monthly in pre-sterile screw capped 500- ml glass bottles during
June-November 1997. Within one hour of collection, samples were carried to the laboratory
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in an insulated icebox. Microbiological examinations with the samples were carried out as
promptly as possible after collection or were stored at 4° C in a refrigerator until use.

2.2 Isolation of indicators and pathogens

Five selective media such as MacConkey agar (MAC), Eosin Methylene Blue agar (EMB),
Xylose Lysine Deoxycholate agar (XLD), Deoxycholate Citrate agar (DCA), mFC agar and
the non- selective Nutrient agar (NA) were used for the isolation and quantification of the
indicators and enteropathogens.

The prevalence of the indicator bacteria such as Total coliform (TC), Faecal coliform (FC),
and Total aerobic heterotrophs (TH) has been quantified to assess treatment efficiency.
Attempts have also been taken to isolate and identify pathogenic bacteria prevalent in the
wastewater and river water.

All the media were sterilized by autoclaving at 121°C for 15 minutes unless otherwise
specified. Spread plate technique was used for isolation and quantification of organisms
following ten-fold serial dilution of the sample. The inoculated plates were normally
incubated at 37°C for indicators and pathogens except for faecal coliforms which were
incubated at 44 + 0.5°C. Incubation period was usually 24 to 48 h. The counts were reported
as ‘colony forming unit’ per ml or 100 ml.

2.3 Pre-enrichment and enrichment approaches

A number of pre-enrichment and enrichment media were designed and wused
simultaneously with the conventional enrichment [13] medium to compare the relative
efficiency of the newly designed enrichment media. The pH of all the pre-enrichment and
enrichment media was adjusted to 7.0 £ 0.2 before sterilization. The compositions of the pre-
enrichment (PE) and enrichment media are as follows:

iti -1 (g/l
Protease peptone 5.0, yeast extract 2.0, K,HPO, 2.0, KH,PO, 1.0, NaCl 5.0, Na-pyruvate
0.5, distilled water 11. An aliquot of 10ml of sample was inoculated in 40ml sterile PE-1
liquid medium and was incubated for 6 h at 37°C.

ition of the PE-2 (g/l
Glucose 5.0, protease peptone 2.0, yeast extract 1.0, K, HPO, 2.0, KH,PO, 1.0, NaCl 3.0,
bile salts 1.0, distilled water 11. An aliquot of 10ml from inoculated pre-enrichment medium-1
was dispensed in 40ml of sterile pre-enrichment medium-2 and was incubated for 4 h at 37°C.

ition of wl i ich
Ingredients of PE-2 + sodium deoxycholate 0.5, brilliant green 0.03, neutral red 0.02. An

aliquot of 10 ml from PE-2 was dispensed in 40ml of enrichment broth and was incubated at
37°C for 15-16 h.

Ten ml each of all the samples was inoculated into 40ml of Hajna [13] broth and incubated
for 15-16 h at 37°C to assess relative recovery potential and was compared with the newly
designed pre-enrichment and enrichment media for isolation and quantification of indicators
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and pathogens as described in APHA (1992) [14]. The isolates were identified following the
methods as described in Manual of methods for General Bacteriology [15].

2.4 Drug sensitivity of the isolates

All the thirty isolates were subjected to drug sensitivity tests using antibiotic discs of
ampicilin (AMP, 10 pg), amoxycilin (AMC, 30 pg), bacitracin (BA, 10 pg), ciprofloxacin
(CIP, 5 pg) doxycyclin (DO, 30 pg), gentamycin (GM, 10 pg), kanamycin (K, 30 pg),
nalidixic acid (NA, 30 pg) and tetracycline (TE, 30 pug).

2.5 Virulence properties of E. coli isolates

The haemolytic activity of Escherichia coli isolates was examined on blood agar plate
containing 5% defibrinated sheep blood. The Escherichia coli isolates were tested for
serological identification. The three polyvalent antisera used in the examination were:
Escherichia coli polyvalent 2 [Types 026; k60 (B6), 055; k59 (B5), 0111; k58 (B4), 0119,
k69 (B14), 0126; k71 (B 16)], Escherichia coli polyvalent 3 [Types 086; k61 (B 7), 0114; k90
(B), 0125; k70 (B15), 0127; k63 (B8), 0128; k67 (B12)), Escherichia coli polyvalent 4 [Types
044; k74 (2), 0112; k66 (B11), 0124; k72 (B 17), 0142; k86 (B)].

Haemagglutination reaction was also observed for the isolated Escherichia coli cells [16].

3. RESULTS AND DISCUSSION

The number of organisms isolated by routine technique increased many times following the
newly designed pre-enrichment and enrichment techniques as compared to the conventional
enrichment medium of Hajna [13] particularly when XLD and MacConkey agar were used as
isolation media. The average counts on XLD before enrichment, after enrichment with the
newly designed media and with Hajna’s enrichment were respectively 1.34 x 10* cfu/ml, 2.77
x 107 cfu/ml and 2.56x10° cfu/ml while with MacConkey medium the numbers were
respectively 1.69x10° cfu/ml, 2.6 x107 cfu/ml and 1.1x107 cfu/ml (Figure 1).

Conventional enrichment and isolation media contain luxury concentrations of carbon,
nutrients and selective agents like bile salts, deoxycholic acid, other toxic selective agents
including dyes. These selective ingredients exert an adverse influence in the repair and /or
resuscitation of the injured cells. Pre-enrichment with growth stimulating substances like
sodium pyruvate and yeast extract, minus toxic selective agents, was designed to repair and
resuscitate the stressed/injured cells. Addition of such substances in the enrichment medium
with low but adequate selective agents have resulted in increased recovery [11,17] as has
been observed in the present investigation. However, pre-enrichment and enrichment had
differential response in the recovery rate of the enteropathogens depending on sampling site
and isolation media used. For example, when EMB was used as the recovery media, the
efficiency of enrichment was better with the newly designed enrichment media compared to
the conventional Hajna medium in case of sample taken from measuring point. However, in
case of sample taken from oxidation lagoon 5, the recovery was slightly better with the
conventional enrichment medium than with the newly designed enrichments. After
enrichment with the newly designed media, the number of faecal coliform varied between
2.21 x 10® cfu/ml and 1.6 x 107 cfu/ml whereas with conventional enrichment, the number
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Figure 1. Efficiency of pre-enrichment and enrichment approaches in the recovery of
enterobacteriaceae on XLD.

was lower and ranged between 1.3 x 10°and 2.1 x 10° cfwml. Similarly number of total
heterotrophic bacteria, after pre-enrichment with PE-1, varied between 6.69 x 107 cfu/ml and
3.33 x 10° cfwml and the count was slightly better as compared to the conventional TH
recovery approach.

The present investigation shows that the bacterial cell density was higher in the samples
from the point where the treatment plant receives the sewage effluent, the number
progressively decreased in the oxidation lagoons where sewage effluents are subjected to
natural biological treatment by algae and other organisms but still remained beyond
acceptable limits for discharge. In some cases the count at the discharge point in the river was
higher. The cell count in the Buriganga river water was comparatively lower than that at the
discharge points.

The average total coliform count of the seven sampling sites were 2.2 x 107 cfu/100ml, 1.0
x 107 cf/100ml, 1.3 x 10° cfw/100ml, 9.6 x 10° cf/100ml, 8.7 x 10° cfu/100ml, 5.3 x 10°
cf/100ml, 1.4 x 10° cfu/100ml respectively (Figure 2). The count of faecal coliform in
sewage effluent even after treatment was high. The average faecal coliform count of the seven
sampling sites was respectively 3.0 x 107 ¢fu/100ml, 9.2 x 10° cfu/100ml, 6.5 x 10° cfu/100ml,
1.1 x 10® cfu/100ml, 3.7 x 10° cf/100ml, 8.4 x 10* cf/100ml, and 4.4 x 10* cfu/100ml
(Figure 3). Whereas the average total heterotrophic count on nutrient agar of the 7 sampling
sites were respectively 2.7 x 10® ¢fu/100ml, 1.3 x 10 cf/100ml, 1.5 x 107 ¢fu/100ml, 5.7 x
10°<¥/100ml, 1.1 x 107 cfu/100ml, 2.8 x 107 cfu/100ml and 5.5 x 10° cfu/100ml (Figure 4).
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Figure 2. Total coliform counts from different sampling sites on MacConkey agar.

Table
Antibiotic sensitivity pattern of the isolated organisms
Name of the Total No. No. of No. of No. of % of % of % of
antibiotic of organisms | organisms | organisms of | organism | organism | organism of
(1g) organisms | sensitive resistant | intermediate | sensitive | resistant | intermediate
sensitivity sensitivity

Ampicillin 30 10 19 1 33.33 63.33 3.33
(AMP, 10)
Amoxicillin
(AMC, 30) 30 22 3 5 73.33 10 16.66
Bacitracin
(BA, 10) 30 3 27 0 10 90 0
Ciprofloxacine
(CIP, 5) 30 24 1 5 80 3.33 16.67
Doxycyclin
(DO, 30) 30 10 10 10 33.33 33.33 33.33
Gentamycin
(GM, 10) 30 29 1 0 96.67 333 0
Kanamycin
(X, 30) 30 27 1 2 90 33 6.67
Nalidaxic acid
(NA, 30) 30 11 7 12 36.67 23.33 40
Tetracycline
(TE, 30) 30 18 6 6 60 20 20
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The identified isolates belonged to the species of Aeromonas, Bacillus, Citrobacter,
Escherichia, Enterobacter, Klebsiella, Pasturella, Proteus and Pseudomonas.

None of the Escherichia coli isolates was haemolytic or haemagglutination positive, which
indicates that they were relatively non-virulent. Out of the five isolates none gave positive
reaction to the polyvalent antisera of the different serogroups of E. coli examined.

From the results of the antibiotic sensitivity test, it was found that almost all the isolates
were resistant to bacitracin. However, majority of them was susceptible to amoxicilin,
ciprofloxacin, gentamycin and kanamycin. Some of them were susceptible while the others
were resistant to ampicilin, doxycyclin, nalidixic acid and tetracycline (Table).

The density of faecal coliform both in sewage effluent and in the river water was high.
According to WHO (1984) [18] standard, in drinking water, the number of faecal coliform
should be zero per 100ml and in bathing water, the number should not exceed 200 per 100 ml.
In the present investigation, counts of faecal coliform in the river water far exceeded the
microbiological standard for both drinking and recreation purposes [19]. So it must be
emphatically stated that the water from the river Buriganga was not only wholly unfit for
drinking but also unfit for swimming, bathing or even washing of utensils.

The biological treatment site at Pagla reduces the number of total heterotrophs but that
reduction was not significant in producing safe sewage effluent for discharging in the river
Buriganga. In some cases the count at the discharge point was higher than that at the oxidation
lagoons. This is in part due to the fact that the sewage treatment plant at Pagla has a by-pass
from inlet to the discharge point. When the discharge flow from the treatment plant to the
river Buriganga decreases, the by-pass is used to increase the flow rate by passing the sewage
effluent from the inlet to the discharge point.

Figure 3. Faecal coliform counts from different sampling sites on mFC plates.
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Figure 4. Total heterotrophic cell count from different sampling sites.

The newly designed pre-enrichment and enrichment approaches for increasing the recovery
of stressed or injured enteropathogens and indicators were quite encouraging. However,
repeated attempts to recover Shigella or Salmonella from sewage effluents or river water have
not met with success. This may be due to the very fragile nature of Shigella that could not
withstand the physio-chemical and biological stresses inherent in the sewage effluents [17]. In
future attempts should be made for modification of these pre- enrichments using various
growth stimulating and self-repair factors for the enrichment and isolation of Shigella and
Salmonella from sewage effluents or river water.

The drug of choice for the treatment of diseases caused by such isolates will depend on
their susceptibility to the drug. The modern high rate activated sludge process or intermediate
waste management technology like mechanically aerated lagoons should be taken into
consideration for the appropriate treatment facilities for domestic sewage near Dhaka.
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§3 Nutrient removal

Eutrophication problem is one of the most typical water pollution issues in many countries.
Water environment in lake, coastal area and river is deteriorated by excess amount of nutrient
that supports the excessive growth of phytoplankton. Water bloom or red tide is most
explicit phenomenon of the eutrophication in which water ecosystem is disturbed.

Major causes of eutrophication are nitrogen and phosphorus. Discharging the wastewater
containing these elements into water bodies can cause the eutrophication. Various processes
including biological processes and physico-chemical processes have been proposed for
removal of nitrogen or phosphorus from wastewater. Among these biological processes are
promising because they utilize the function of microorganisms that exist in our natural
environment.

Biological nitrogen removal process was proposed about 30 years ago but its history as full
scale plant is shorter. Nowadays there are many full-scale plants of nitrogen removal
working and its application is still increasing. Nitrogen removal process employs the
functions of nitrifying organisms and denitrifying organisms. These organisms help each
other properly in the process. Functions of each group of bacteria in the process are known
to some extent. Although practical operation of the process shows no particular difficulties,
further knowledge from the viewpoint of population dynamics of these bacteria is needed to
improve the process.

New issue since late 80’s is the emission of nitrous oxide which causes the global
warming. We have to consider the other environmental aspect when we introduce
wastewater treatment process. This issue teaches us the importance of overall or holistic
evaluation of technology.

Biological phosphorus removal process employs unique function of complex microbial
community. The bacteria accumulate and release phosphorus for their survival in stressed
condition. The wastewater treatment technology should maximize this function by
controlling the environmental condition for the bacteria. Biological phosphorus removal
process is challenging from the viewpoint of research on microbiology. Microbial pathway
and responsible bacterial species have been unknown. However, recent researches have
revealed these basic mechanisms of this process. Understanding of bacterial physiology is
essential in this process. This is the most typical example of contribution of microbiological
knowledge to the process design and operation. Without the detailed knowledge on
phosphate accumulating organisms, rational process design is impossible. Feasibility of
biological phosphorus removal process largely depends on knowledge on complex bacterial
community which possesses the function of phosphorus removal.  Technological method to
maintain such microbial community is practically essential.

The recent progresses in these nutrient removal processes are shown in this chapter.
These processes are basically environmentally friendly, but we need proper design, operation
and maintenance.
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Visualization of microscale distribution of nitrifying bacteria in biofilms
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Microbial ecology of nitrifying bacteria in various types of wastewater treatment processes
and the dynamics of microbial ecology in biofilms were investigated by molecular biological
techniques such as fluorescence in situ hybridization (FISH), visualization of viable bacteria
using carboxyfluorescein diacetate succinimidyl ester (CFDA-SE) and PCR based on method
using magnetic beads. Nitrifying bacteria were found to exhibit various organizational forms
under different conditions of substrate composition and concentration. Dynamics of microbial
ecology in the biofilm caused by the gradual change of substrate composition was monitored
remarking to the spatial distribution of ammonia-oxidizing bacteria and heterotrophic bacteria.
Then visualization of viable bacteria in the biofilm stained by CFDA-SE combined with FISH
was successfully demonstrated. Consequently, these techniques were applied to establish new
method of fast tailoring highly effective nitrifying biofilm that is often quite difficult to be
obtained on fluidized bed. Furthermore, PCR detection of ammonia-oxidizing bacteria using
magnetic beads with selective purification of amod was also successfully demonstrated. This
novel technique enabled an elimination of interferences of PCR such as inhibitors of an
amplification and coexisting DNA.

1. INTRODUCTION

Biological nitrogen removal from wastewater involves nitrification of ammonia to nitrite
and nitrate followed by denitrification of them to nitrogen gas and release into the air.
Although nitrification is a key process in wastewater treatment, retaining large amounts of
nitrifying bacteria in the reactor for stable nitrification has not been established. This is
caused by an extremely lower growth rate of lithoautotrophic nitrifying bacteria and their
sensitivity to toxic shock, pH and temperature fluctuation, or unknown factor peculiar to a
complex microbial community [1]. Generally, in order to improve nitrification ability, it is
effective to form biofilm onto the supporting materials to keep large amounts of nitrifying
bacteria in the reactor [2,3]. Furthermore, it is essential to elucidate the ecology and
population dynamics of nitrifying bacteria in biofilms or activated sludge where various kinds
of microbes form a complex microbial community.

The conventional method to detect the activity of biological reaction in the wastewater
treatment process has relied heavily on the specific consumption rate of substrates. However,
little attention has been directed to the number or spatial distribution of specific bacteria in
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microbial community in the reactor. This is partly because difficulty of the characterization of
bacterial populations in engineered system such as biofilms and activated sludge. The
traditional culture-dependent monitoring techniques do not allow exact determination of the
number and localization of specific bacterial cells because of bias of cultivation. In other
words, a reactor or a treatment system has been so far regarded as a “black-box” .

The recent development of molecular biological techniques enabled scientists to overcome
the limitation of the conventional methods [4-6]. Fluorescence in situ hybridization (FISH) is
highly useful for detecting specific bacteria and analyzing complex microbial communities,
due to the possibility of detecting specific bacterial cells by in situ hybridization with 16S
rRNA-targeted oligonucleotide probes labeled with fluorescence. To date, FISH for detecting
ammonia- and nitrite-oxidizing bacteria has been developed and successfully applied for their
phylogenetical identification and quantification in environmental and engineered systems [7-
10]. PCR technique has been used to detect bacteria in a variety of environmental samples at
very low concentrations previously considered undetectable. This technique has been applied
for detecting ammonia-oxidizing bacteria targeting 16S rRNA sequence and amoA (the gene
encoding ammonia monooxygenase). However, complex microbial communities such as soil,
activated sludge and biofilm contain coexisting DNA from other bacteria and inhibitors of
PCR amplification that interfere precise amplification of target DNA. General extraction and
purification protocol of DNA for PCR would cause problems, e.g., large fraction of DNA is
lost during purification steps and large amount of contaminant DNA from other bacteria
remains in purifitd DNA solution. To overcome these problems, a magnetic capture-
hybridization PCR technique was reported to eliminate the inhibitory effect of contaminants
in soil {11].

In this study, we investigated systematically spatial distribution of lithoautotrophic
ammonia-oxidizing bacteria and other heterotrophic bacteria by FISH in various kinds of
biofilms and activated sludge under different conditions of wastewater treatment processes.
We analyzed samples from three types of reactor for nitrification which is biofilms on
fluidized carrier beads in organic wastewater and in inorganic wastewater without nutrients
and activated sludge in inorganic wastewater containing nutrients with lower ammonia
loading rate. The dynamic response of ammonia-oxidizing bacteria and heterotrophic bacteria
in the biofilm upon gradual change of substrate composition was also observed by FISH
analysis. Furthermore, viable bacteria in the biofilm were visualized using CFDA-SE which is
converted to a fluorescent product by intracellular esterase activity. Next, PCR detection of
ammonia-oxidizing bacteria from complex microbial community was performed by targeting
amoA sequence of DNA using magnetic beads. This method combines an initial DNA
extraction and a purification step, using amod DNA probes on magnetic beads and the
subsequent PCR amplification step of the target gene.

2. MATERIALS AND METHODS

2.1. Reactor system

A complete mixing type three-phase fluidized bed bioreactor was used for the continuous
nitrification processes [12]. A cement ball (diameter: 0.2 mm) or beads-shaped-carbon (BAC)
was used as a carrier particle. The pH was maintained at around 7 by adding NaHCO,. The
temperature was maintained at room temperature to 30 °C.
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Table 1
Composition of substrate and reactor conditions
Reactor A Reactor B Reactor C

NH,-N (g/m?) 500 600 250
TOC (g/m’) 0 0 1000
T-N (g/m’) 500 600 450
BOD (g/m’) - - 1500
Reactor volume 0 2 2 3
Hydraulic retention time (hr) 24 48 5
NH,"-N loading rate
(ke NH,'N - ety & 0.5 0.3 12
Particles Cement ball BAC Cement ball

Table 2
Time course of TOC /NH,"-N ratio of inlet solution and reactor condition.
Time (day) TOC (g/m’) NH,'-N (g/m’) TOC /NH,"-N ratio (-)

-0 1000 250 4.0
0-6 1000 500 2.0
6-12 750 500 1.5

12-18 500 500 1.0
18 -24 250 500 0.5
24 - 0 500 0.0

Reactor volume: 2 /
Hydraulic retention time (HRT): 1 day

2.2. Feeding substrates

To compare the microbial ecology of nitrifying bacteria under different conditions, the
following three types of mixed substrates were fed. Reactor A, inorganic wastewater <1>
containing neither organic compound nor other nutrients such as phosphate; Reactor B,
inorganic wastewater <2> containing nutrients without organic compound; Reactor C, organic
wastewater containing ammonia as well as organic compound and nutrients. The operational
condition and the substrate composition fed to each reactor are shown in Table 1. To examine
the dynamics of microbial ecology formed in the biofilm, the thick biofilms containing both
heterotrophic bacteria and nitrifying bacteria was used as a starting biofilm which had been
acclimated in the organic wastewater of Reactor C for 6 month. Then, as shown in Table 2,
total organic carbon (TOC) in the inlet solution was gradually reduced and finally led to zero.

2.3. FISH experiment

Biofilm and activated sludge samples for FISH analysis were immediately fixed in freshly
prepared 4% paraformaldehyde solution for 20 hours. A biofilm section with 20 um thickness
was prepared using cryostat (Leica, CM 3050) at -20°C. Each slice was placed in each
hybridization wells on a gelatin-coated microscopic slide and immobilized by air drying and
dehydrating with 50, 80, 96% ethanol. (The activated sludge sample did not require this
sectioning preparation).

The following 16S rRNA targeted oligonucleotide probes were used for in situ detection of
ammonia-oxidizing bacteria and other bacteria, NEU23a [10] labeled with fluorescein
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isothiocyanate (FITC): a probe specific for a region of the 16S rRNA of ammonia oxidizing
bacteria targeting Nitrosomonas europaea etc.; NSO190 [7] labeled with X-rhodamine
isothiocyanate (XRITC): specific for the region of the 16S rRNA of ammonia-oxidizing
bacteria and EUB338 [13] labeled with CyS5: a probe for targeting all bacteria.

Hybridization of the environmental samples was performed according to the standard
hybridization protocol described by Amann [14]. Finally, the microbial community analysis
was carried out using a confocal scanning laser microscope (Leica, TCS NT) equipped with
an Ar-Kr ion laser (488 nm, 568 nm and 647 nm).

2.4. CFDA-SE staining of biofilms

Immediately after sampling biofilms from the reactor, a biofilm section with 20 um
thickness was prepared as described above and placed on a gelatin coated microscopic slide.
Each well on the slide where the sample was immobilized was filled with 5 uM of CFDA-SE
solution for 30 min following rinsing with PBS to remove excessive CFDA-SE. To perform
simultaneous staining with FISH, CFDA-SE stained sample was fixed in 4 %
paraformaldehyde solution for 2 or 3 hours following hybridization steps described above.

2.5. PCR detection using Magnetic Beads

The two sets of primers for the amplification of probes and for the final detection of amoA
gene were designed. The forward primer for the amplification of probes was labeled at 5° with
biotin. DNA extracted from biofilms or sludge was set in PCR apparatus as a template for the
amplification of 650-bp probe DNA with primer set labeled with biotin. Then amplified DNA
probes labeled with biotin were bound on magnetic beads coated with streptavidin (Dynal A.S,
Dynabeads). For the amod gene detection from environmental samples, DNA was extracted
from biofilms or sludge by boiling in 2.5% SDS solution. Then extracted DNA was
hybridized specifically with DNA probes on magnetic beads. Therefore, the gene encoding
amoA was purified selectively by washing magnetic beads on the magnet. Purified amod gene
was amplified by PCR with the primer set for detection of 570-bp amplification product.
Finally, PCR products were electrophoresed and visualized in agarose gels.

3. RESULT AND DISCUSSION

3.1. FISH analysis of microbial ecology in each reactor

Figure 1 shows the FISH image of a biofilm in Reactor A; inorganic wastewater <1>. The
thickness of the biofilm immobilized on particles was approximately 50 um. A thin and soft
biofilm made it difficult to obtain a precise cross section of the biofilm. Ammonia-oxidizing
bacteria detected by the probes NEU23a and EUB338 (the white part) were observed as
dominant population in the entire part of the biofilm. In contrast, other bacteria detected only
by the probe EUB338 (the gray part) found to be significantly fewer than ammonia-oxidizing
bacteria, probably because the lack of nutrients and organic compounds limited the growth of
these bacteria. Figure 1(b) shows the magnified image of the microbial community in the
biofilm. Each bacterium detected specifically by in situ hybridization could be confirmed as
individual cells. Previously, it was reported that most species of ammonia-oxidizing bacteria
in the environment samples tended to form mono-species clusters [7, 9]. However, the
biofilms in Reactor A had two types of ammonia-oxidizing bacteria. One type of ammonia-
oxidizers formed mono-species clusters and the other type existed individually. The probe
NSO190 was also applied in an attempt to detect all species of ammonia-oxidizing bacteria.



145

As a result, ammonia-oxidizing bacteria stained by NSO190 were also stained by the probe
NEU23a (data not shown) which indicated only Nitrosomonas sp. existed in reactor A as
dominant ammonia-oxidizing bacteria.

Figure 2 shows the FISH image of the activated sludge sample in Reactor B; inorganic
wastewater <2>. The white part shows Nitrosomonas europaea / eutropha, or Nitrosococcus
mobilis; halophilic and halotolerant members of the genus Nitrosomonas sp. detected by both
NEU23a and NSO190, while the gray part shows other ammonia-oxidizing bacteria detected
by only NSO190 such as Nitrosospira sp.. The ammonia-oxidizers formed mono-species
clusters. Various kinds of ammonia-oxidizing bacteria were observed from only Reactor B in
this study, probably because the lower ammonia loading rate of Reactor B (0.3 kg NH,"-N -
m> -d") compared with other two reactors allowed the existence of two types of ammonia-
oxidizing bacteria. One type of ammonia-oxidizing bacteria (Nitrosomonas) exhibited higher
activity in higher concentration of ammonia and the other type (Nitrosospira) exhibited higher
activity in lower concentration of ammonia [15]. Although reasons and advantages of various
kinds of ammonia-oxidizing bacteria existing in complex microbial community are not
sufficiently clarified, this result suggests the possibility of controlling the dominant species of
ammonia-oxidizing bacteria in the reactor by ammonia loading rate.

Figure 3 shows the FISH image of the biofilm in Reactor C; organic wastewater. Most of
the bacteria detected by only EUB338 (the gray part) could be considered as heterotrophic
bacteria which occupied the outer part of the biofilm with about 100 pum thickness while
ammonia-oxidizing bacteria detectable by both the probes EUB338 and NEU23a were
distributed in the inner part of the biofilm. Ammonia-oxidizing bacteria and heterotrophic
bacteria tended to be localized at different positions in the biofilms when the substrate
contained a high concentration of ammonia as well as organic compound. Since heterotrophic
bacteria has higher growth rate than autotrophic nitrifying bacteria, at first, heterotrophs
occupied outer part of the biofilm where concentrations of dissolved oxygen and substrate are
high enough for rapid growth of heterotrophs. In contrast, ammonia-oxidizing bacteria could
exist only at the inner part of the biofilm due to their lower growth rate. It should be noted
that even though the inner part of the biofilm might offer unfavorable conditions in terms of
dissolved oxygen concentration, ammonia-oxidizing bacteria distributed moderately with high
density. Figure 3b shows the magnified image of the microbial community in the biofilm.
Each bacterium could be observed as individual cells. Two types of ammonia-oxidizing
bacteria were also confirmed. One type of the ammonia-oxidizers formed mono-species
clusters and the other type existed individually. Ammonia-oxidizing bacteria stained by
NSO190 were also stained by the probe NEU23a (data not shown) which indicated only
Nitrosomonas sp. existed in reactor C as dominant ammonia-oxidizers as well as microbial
community in the biofilm of Reactor A.

3.2. Dynamic response of microbial ecology in the biofilm

The time course of NH,"-N and NO,-N concentrations and the thickness of the biofilm
responses caused by the reduction of the TOC/NH,'-N ratio were shown in Figure 4 and
5.respectively. After the TOC/NH, -N ratio reached 0, nitrification activity further improved,
and concentration of NO,-N gradually increased up to 300-400 g/m*. At day 50, nitrification
rate was as high as 0.4 kg NH,-N - m” - d" (Figure 4). Although the thickness of biofilm
reduced from 300 pm to 200 pm at first, it remained stable after TOC/NH, -N ratio reached 0
(Figure 5).

Figure 6 shows transition images of the microbial ecology in the biofilms caused by a
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gradual reduction of the TOC/NH,'-N ratio. Figure 6a shows a FISH image of the starting
biofilm acclimated in the substrate whose TOC/NH,"-N ratio was 4, containing a high
concentration of ammonia and organic compounds. Heterotrophic bacteria detected only by
EUB338 (the gray part) occupied the outer part of the biofilm with 100 um thickness while
ammonia-oxidizing bacteria detected by both EUB338 and NEU23a were distributed in the
inner part of the biofilm, as described above. This microbial ecology slowly changed through
a gradual reduction of the TOC/NH,"-N ratio. Figure. 6b shows a FISH image of the biofilm
at a TOC/NH, -N ratio of 1.5. Ammonia-oxidizing bacteria extended their existence area to
the outer part of the biofilm previously occupied by heterotrophic bacteria. It appears that the
decrease of organic compound limited the growth of heterotrophic bacteria, and consequently,
ammonia-oxidizing bacteria could exist in the outer part of the biofilm.

When the TOC/NH,"-N ratio reached 0 at day 30, ammonia-oxidizing bacteria (the white
part) maintained a large population in the biofilm and occupied the outer and inner part of the
biofilm while heterotrophs still existed in the biofilm (Figure 6c¢).

After the TOC/NH,"-N ratio reached 0, transition of the microbial ecology still continued.
At day 78 (48 days after TOC/ NH,'-N ratio reached 0), heterotrophic bacteria detected only
by EUB338 were hardly observed in the biofilm in (Figure 6d). It was also found that,
ammonia-oxidizing bacteria tended to exist in the outer part and at the bottom (contacted with
a particle), and much fewer bacteria existed in the middle part. At day 78, nitrification activity
was still kept as high as 0.4 kg NH,"N - m>- d'".

As a result, the thick and highly active biofilm composed of high density of nitrifying
bacteria could be obtained by gradual reduction of the TOC/NH, -N ratio (Figure 5). This new
procedure shorten the required time for tailoring the effective nitrifying biofilm to less than
one-third time of the general biofilm formation carried out in Reactor A.

Figure 1. FISH image of biofilm in Reactor A, inorganic wastewater <1>. (a) FISH image of
the entire biofilm, bar = 200 pm and (b) magnified image bar = 20 um. The white part shows
ammonia- oxidizing bacteria detected by both FITC-labeled probe NEU23a and Cy5-labeled
probe EUB338. The gray part shows other bacteria detected only by the probe EUB338.



147

Figure 2. FISH image of activated sludge in Reactor B,
inorganic wastewater. The white part shows ammonia-
oxidizing bacteria detected by both FITC-labeled probe
NEU23a
(Nitrosomonas europaea etc.). The gray part shows
other ammonia-oxidizing bacteria detected only by the

probe NSO190, Bar = 20 pum.

and

NSO190

XRITC-labeled  probe

Figure 3. FISH image of the biofilm in Reactor C, organic wastewater. (a) FISH image of a
cross section of the entire biofilm, bar = 200 um and (b) magnified image showing each cell
individually, bar = 20 um. White part shows ammonia- oxidizing bacteria detected by both
FITC-labeled probe NEU23a and Cy5-labeled probe EUB338. The gray part shows other
bacteria detected only by the probe EUB338 (heterotrophs).
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Figure. 6. Transition of the microbial ecology upon the gradual reduction of TOC/NH,’-N
ratio observed by FISH analysis. (a) FISH image of the biofilm at TOC/NH,"-N ratio of 4, (b)
1.5, (¢) 0 at day 30, (d) O at day 78. The white part shows ammonia-oxidizing bacteria
detected by both FITC labeled probe NEU23a and Cy5-labeled probe EUB338. The gray part
shows other bacteria detected by the probe EUB338 (heterotrophic bacteria). Bars represent
200 pm. The graphs under each image indicate relative intensity of fluorescence that is
average of the fluorescence at a ringed band at each radial direction depth from the outer
surface of the biofilm.
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Figure 7. Image of the biofilm
simultaneously stained by FISH
and CFDA-SE. Bar = 20 um. (a)
image of bacteria in the biofilm
stained by CFDA-SE, (b) FISH
image of bacteria stained by the
CyS5 labeled probe EUB338 after in
situ hybridization. Both images are
the same field of vision.

NO. Samples
la  Negative control <1> (without sample)
1b  Negative control <2> (without probes)
2a  Biofilms in Reactor A;
inorganic wastewater with Magnetic beads
2b  Biofilms in Reactor A;
extraction with phenol chloroform
3a  Biofilms in Reactor C;
organic wastewater with magnetic beads
3b  Biofilms in Reactor C;

Figure 8. Amplification of amoAd

" th ohenol chlorof gene and detection of ammonia-
extraction with phenol chlorotorm oxidizing bacteria by PCR using

4 Nitrosomonas eur opaed magnetic beads. Lane M is the
3 Pseudomonas putida marker ¢X174 Haelll.

3.3. CFDA-SE staining of biofilms

Viable bacteria in the nitrifying biofilm were visualized by the staining of CFDA-SE. The
simultaneous staining of biofilm with FISH and CFDA-SE was successfully demonstrated
with the successive steps (Figure 7). The bacteria stained by CFDA-SE were not always
identical with the bacteria stained by the probe EUB338.

3.4. PCR detection with magnetic beads

Specific amplification of amoA from the biofilm sample in the reactors and pure-cultured
sample of Nitrosomonas europaea was confirmed (Figure 8). PCR using magnetic beads
technique was applied for detecting ammonia-oxidizing bacteria in the wastewater treatment
reactor (reactor A and reactor C). In this method, it is possible to separate specific target DNA
(encoding amoA) with high yield from other DNA and other interfering compounds.
Consequently, total yields and sensitivity of the detection were greatly improved compared
with PCR using general extraction and purification method of DNA (phenol chloroform
method).
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4. CONCLUSION

Microbial ecology and population dynamics of nitrifying bacteria in various kinds of
wastewater treatment processes were analyzed using molecular biological techniques. As a
result, the species and profile of ammonia-oxidizing bacteria were found to be strongly
affected by the reactor operational conditions such as substrate composition and concentration.
Dynamic response of the microbial ecology in the biofilm caused by the gradual change of
substrate composition of feed was monitored remarking to spatial distribution of ammonia-
oxidizing bacteria and heterotrophic bacteria. Then visualization of viable bacteria in the
biofilm stained by CFDA-SE combined with FISH was successfully demonstrated.
Consequently, it was elucidated that these techniques are powerful tools for evaluation and
establishment of new method of fast tailoring of highly effective nitrifying biofilm.
Furthermore, PCR detection of ammonia-oxidizing bacteria using magnetic beads with
selective purification of amo4 was also successfully demonstrated
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Nitrous oxide production in nitrogen removal process treating domestic sewage
from combined sewer system

K. Hanaki, T. Nakamura and T. Matsuo

Department of Urban Engineering, The University of Tokyo
7-3-1, Hongo, Bunkyo-ku, Tokyo 113-8656, Japan

Nitrous oxide (N20) production was examined in bench-scale biological nitrogen removal
process treating combined domestic sewage. Conversion from influent total nitrogen to N2O
was less than 0.1%. Shorter retention time and larger ratio of liquid recycle caused more
emission. N20 from nitrification step was generally greater than that from denitrification
step in normal condition, but the latter sometimes showed abrupt high N20O emission that
lasted about a day. High ORP value was always observed in the occasion of such abrupt
emission that occurred after inflow of rain water.

1. INTRODUCTION

Nitrous oxide (N20) is one of the effective greenhouse gases that cause the global warming.
The atmospheric N20 concentration in 1994 was 312 ppb and is increasing at a rate of
0.25%/yr [1]. Anthropogenic N20 emissions have been significantly contributing to the
increase of its atmospheric concentration [2]. Since N2O has lifetime as long as 120 years
[1] in the atmosphere and its radiative forcing is much greater than CO2, its reduction is
necessary.

Wastewater treatment processes are potential anthropogenic N20 sources though the global
emission rate from that source has not been precisely quantified. Hence, more data on the
N20 emissions from the source are needed. Moreover, the number of applications of
nitrogen removal processes, by microbial nitrification and denitrification in most cases, to
wastewater treatment processes is now on the increase. This may increase N20O emissions
from this source.

Total global N20O emission is about 13-20 x 10" g/year [3], namely 8-13 x 10" g-N/year
whereas nitrogen discharged as wastewater is approximately estimated to be 10 g/day x 365
days/year x 6x10° (billion) = 22 x 10" g-N/year. Therefore few percentage of conversion of
wastewater origin nitrogen to N20O -N can cause certain impact on global balance. [PCC
tentatively shows the conversion percentage being 1% [4].

Nitrogen in wastewater causes eutrophication problem such as algal bloom or red tide in
lakes or coastal area. Groundwater pollution by nitrate is in critical situation in many
countrics. There obviously exists need of removing nitrogen from wastewater. Among the
various wastewater treatment technologies proposed, biological nitrogen removal process
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using nitrification and denitrification is widely applied because of its effectiveness with
reasonable cost and energy consumption. Nitrogen removal process with less emission of
nitrous oxide production should be established.

2. PREVIOUS FINDINGS

2.1. Theoretical considerations

Biological nitrogen removal in wastewater treatment processes is carried out by microbial
nitrification and denitrification, both of which can produce N20 (Figure 1). In the course of
nitrification, N20O is produced as one of the by-products of NHa+ oxidation to NO2™ [5].
Ritchie & Nicholas [6] showed that the principal mechanism of N20 production by nitrifiers
is NOz2" reduction to N20 by ammonium oxidizers, a process called 'nitrifier denitrification'.
On the other hand, N20 is produced as one of the obligatory intermediates in denitrification,
and an N20O/N2 ratio produced by denitrification increases in condition that denitrification is
suppressed because N20 reductase is unstable compared to other reductases catalyzing
denitrification [7].

In actual nitrogen removal from wastewater, proper combination of nitrification step and
denitrification step is necessary. Nitrification and denitrification are very contrasting unit
process in which type of bacteria and required condition are very different.

Availability of electron donor such as organic matters is essential condition for
denitrification at high rate. Stoichiometric requirement of electron donor is 2.86 g oxygen
equivalent/g-NO3-N. However, value of about 3.5 is necessary for complete denitrification
due to assimilation of organic matters to biomass. Practically COD/NO3-N ratio in
wastewater can be used to show this ratio. This ratio should be well higher than 3.5 in actual
process because biodegradable fraction of COD is limited and because aerobic degradation of
COD also takes place to some extent.

Nitrified liquid recycle type and intermittent aeration type are used as typical nitrogen
removal processes for wastewater such as domestic sewage or night soil. Organic nitrogen
and ammonia are nitrified and then denitrified using the organic matters contained in the
wastewater.

Nitrification
Nz0
—
+ 1502 + 0502
Ammonia oxidation Nitrite oxidation
N20 production during two-step nitrification
Denitrification

) — s

N20 production as intermediate during denitrification

Figure 1. Nitrous oxide production in nitrogen removal.
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2.2. Factors affecting N2O production

Several laboratory experiments were carried out by the group of the authors [8-10] using
synthetic wastewater to clarify the dependency of N20 production on various conditions and
parameters in nitrification and denitrification. As there are many full scale nitrogen removal
processes in night soil treatment plants, very strong wastewater that contains about several
hundreds milligram per liter of nitrogen and also high concentration of organic matters were
used in these experiments.

Potential factors affecting the nitrification are dissolved oxygen (DO), solid retention time
(SRT), pH and presence of organic matters that are degraded by heterotrophic organisms
competitively consuming the oxygen.

Low concentration of dissolved oxygen (DO) and short solid retention time (SRT)
promoted N20 production by nitrifying activated sludge (Figure 2) [9]. Conversion of
ammonia to N20 has reached as high as 8 percent at DO lower than 1 mg/l.  Solid retention
time showed more significant effect on N20 production. Nitrite accumulation was observed
when N20 was produced. These experiments indicated that there is a risk of significant
amount of N20 production under stressed condition. Another series of experiment showed
that presence of organic matter during the nitrification caused N2O production [9].
Operation with low DO, short retention time and simultaneous organic oxidation are
conditions for efficient nitrification process operation. This suggests that the prevention of
N20 production becomes more important in efficient and innovative nitrogen removal
process.

Denitrificati

Denitrification is another potential occasion of N20 production. Low COD/NO3-N ratio
in the wastewater, short SRT, and low level of pH promoted N20 production by denitrifying
activated sludge (Figure 3) [8]. Among these parameters, COD/NO3-N is especially
important factor governing completeness of denitrification. It is reasonable that N2O can be
produced as intermediate when denitrification reaction stops midway due to insufficient
organic matters. Conversion from nitrate to N2O was higher than 10% at short SRT and low
pH value.

It was also reported by von Schulthess et al. [11] that higher DO resulted in more N20
production by denitrifying activated studge.

£25- r10 s 40
2 g 2 ®g
020 ] = o ~
E s E 15 8
T15 [ o 2
8 Produced N20 L5 g 8 204 Produced N20 _ 2
S c 3 10 §
T10 o o 8
2 o o o
o 5 (o] o -5 N
o 7 i g o <
b4 N20 Conversion 4 b
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DO (mg/l) SRT (days)

Figure 2. Effect of dissolved oxygen and solids retaention time on nitrous oxide production
during nitrification of strong wastewater[9].
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Figure 3. Effects of COD to nitrate ratio, solid retention time and pH on N20 production
during denitrification of strong wastewater [8].

The above results were from activated sludge when either nitrification or denitrification
occurred in separated condition. However, most of the nitrogen removal process employs
both nitrification and denitrification in combination. Itokawa et al. [10] showed that 20-30%
of ammonium nitrogen can be converted to N20 in denitrification step of intermittent aeration
process treating strong synthetic wastewater which has COD/NO3-N ratio was 3.5.
COD/NO3-N ratio of 5 was satisfactory for complete denitrification in these experiments.

2.3. Survey of full-scale wastewater treatment plant

Laboratory experiment can not demonstrate the dynamic response of nitrous oxide
production against perturbed input such as disturbance to the process, fluctuation in influent
quality. However, actual treatment plant always has such perturbation. The experience
during the laboratory experiment suggested that nitrous oxide is highly sensitive to change of
condition.

The authors' group has shown that significant amount of N20O can be emitted from night soil
treatment plants, which are the conventional treatment site of human excreta in Japan [12].
The wastewater is characterized by high concentration of nitrogen (5,000-6,000 mgN/1 of total
nitrogen) and organic matter (3,000-5,000 mg/l of CODMn), and small C/N ratio of the
influent. High-rate intermittent process was used in the treatment plant. The pattern and
amount of nitrous oxide production during the intermittent aeration process varied (Figure 4)
with occasion at same treatment facility. It was generally shown that nitrous oxide was
produced when either denitrification or nitrification was incomplete.

Survey of N20 emission from domestic sewage treatment is limited. It seems that the
conversion percentage from influent nitrogen to N20 is lower than the case of strong
wastewater. The sewage treatment plant that employs the biological nitrogen removal
process is potential source of N20, but the other potential source is conventional activated
sludge plant where nitrification takes place without intention. The operation of the latter
process does not take into account the proceeding of nitrification and denitrification, but these
reactions actually take place in rather incomplete manner. Partial nitrification often occurs
in the activated sludge reactor during the summer period due to the high activity of nitrifying
bacteria, and denitrification can take place in settling tank once nitrification happens.
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Figure 4. N20 concentrations in the duct of the intermittent aeration tank and dissolved in
the mixed liquor [12].

Presence of nitrite in the effluent from sewage treatment plant is sometimes observed in
summer period. Such "unintentional” nitrogen transformation has higher possibility of nitrous
oxide emission than the intentional nitrogen removal process with proper control. This high
possibility of nitrous oxide production can be expected from the research findings of high
nitrous oxide production during incomplete nitrification or denitrification.

3. BENCH-SCALE STUDY USING DOMESTIC SEWAGE
Bench-scale experimental units were installed at an experimental station located in
Shibaura Sewage Treatment Plant in Tokyo receiving combined sewage.

3.1. Materials and methods

The circulation type of process known as Bardenpho process was used in this study. The
process consists of anoxic reactor followed by aerobic reactor. The mixed liquor from
aerobic reactor that contains nitrate was returned to anoxic reactor and mixed with fresh
wastewater that contains fresh organic matters to ensure the denitrification process. As
shown in Figure 5, settled and screened domestic sewage was continuously fed to the reactor
system installed within a building. Hollow fiber membrane was used for solid and liquid
separation. Gas was circulated through closed vessel to ensure complete mixing and
equilibrium condition of N2O between gas phase and dissolved form. Small amount of fresh
nitrogen gas or air was continuously supplied to the closed reactor to maintain anoxic or
aerobic condition of the reactor. Certain solids retention time (SRT) was maintained by
withdrawing the mixed liquor from the aerobic reactor. Changed parameters were hydraulic
retention time (HRT), SRT and liquid circulation ratio (CR) which is defined as the
percentage of amount of recycled flow from the aerobic reactor against the wastewater inflow.
The pH in the acrobic reactor was automatically controlled at no lower than 6.5. Although
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Figure 5. Experimental set up of circulated denitrification reactor.

the actual process usually has additional denitrifying reactor to improve nitrate removal, it
was not included in the experimental unit to make the interpretation of the results simple.

The influent to the experimental reactors was domestic sewage from a combined municipal
sewer system. Characteristics are shown in Table 1. The average COD/T-N ratio was
about 5, that was theoretically satisfactory for nitrogen removal, but not high enough to
always guarantee the situation of excessive availability of degradable organic matter from the
viewpoint of denitrification.

As the experimental units received combined sewage, influent quality was influenced by
rainfall or snowfall.

P L

Nitrous oxide was automatically monitored in the interval of two hours using GC-ECD
without radioisotope. Redox potential (ORP) was also monitored continuously.

3.2, Results and discussion

Table 2 summarizes the nitrogen removal of the recycled reactor. As the secondary
denitrifying reactor was not used in this experimental unit, nitrate remained in the effluent.
Overall nitrogen removal was satisfactory in all examined conditions.

Continuous monitoring of N2O
Table 1.
Average characteristics of the influent
Total COD Dissolved  Total N (mg/!) NH4-N NO2-N NO3-N
(mg/l) COD (mg/l) (mg/D) (mg/l) (mg/l)

152 55 31 17 0 0.1
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N20 in both aerobic and anoxic reactor was kept well low in most of the time. However,
abrupt increase in N20O production which lasted for about one day was observed in the
denitrifying process. This also caused the N20 increase in the aerobic reactor because it
received the effluent from the anoxic reactor. Typical example of such high N20O is shown
in Figure 6. Aerobic reactor itself did not cause such sudden increase of N20. Continuous
monitoring was very effective for the control of N2O emission because such abrupt increase is
hard to be observed by spot monitoring of N20. This abrupt high N2O emission happened
after the event of rainfall, although rainfall did not always cause such high N20 production.
Dilution of sewage by rainwater could be the main reason of N20O production. Nitrification

Table 2.
Removal of nitrogen and organic matters
Run B A C E D F
HRT (h) 12 12 12 6 6 6
SRT (d) 20 20 20 10 10 10
Recycle ratio (%) 100 200 400 100 200 400
Effluent from anoxic reactor
NH3-N (mg/1) 7.8 8.4 8.8 7.0 7.6 9.6
NO2-N (mg/) 0.1 0.1 0.1 0.0 0.1 0.1
NO3-N (mg/l) 0.1 0.1 0.3 0.1 0.1 0.4
Dissolved COD (mg/l) 15.5 16.2 16.9 17.8 18.9 19.2
Effluent from aerobic reactor
NH3-N (mg/1) 0.1 0.1 0.2 0.2 0.2 0.7
NO2-N (mg/1) 0.1 0.4 0.3 0.1 0.1 0.3
NO3-N (mg/1) 10.6 9.2 9.2 8.5 7.6 6.6
Dissolved COD (mg/1) 11.8 13.3 14.0 15.2 15.6 14.9

0 N20 concentration (ppm)

—O— anoxic reactor
—#— gerobic reactor J)

. i
40 l
:

20

100 [

4- 5- 6- 7- 8 9- 10- 11- 12- 13- 14- 156-
Feb Feb Feb Feb Feb Feb Feb Feb Feb Feb Feb Feb

Figure 6. Nitrous oxide concentration in gas phase of anoxic and aerobic reactors {(Run A).
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did not show such sensitive response to the rainfall.

Table 3 summarizes the monitoring data during the steady state of each condition.
Maximum values were far higher than the average value in all cases in anoxic reactor. This
was because of the occurrence of sudden increase of N20O mentioned before.

The observed N20 concentration data (sampling interval: 2 hours) were categorized to
concentration group with range of 2 ppm or 4 ppm, and their frequency distribution is
summarized in Figures 7 and 8 . Although there were certain events of very high
concentration, N20 was kept most of the time very low in the anoxic reactor. The frequency
distribution consisted of two parts. The first part was smooth distribution in very low
concentration and the second part was certain frequency at the highest range of concentration.
It seems reasonable to divide N2O production in the anoxic reactor into normal period and
high concentration events.

The N20 concentration in aerobic reactor experienced no such extremely high value, but
was higher than that in anoxic reactor in normal period. This indicates that N2O was mainly
produced in the aerobic reactor with nitrification. The frequency distribution in the aerobic
reactor shifted to higher concentration when circulation ratio was increased. The distribution
was rather flat in the aerobic reactor with SRT of 10 days. This suggests that shorter SRT
brought about more N2O production in the nitrification step, although the concentration was
not very high.

FN20 emissi

Based on continuous monitoring of N20O concentration in both reactors and the amount of
gas release from the reactors, total amount of N2O emission was estimated. The calculation
was done for steady state period including the high N2O emission events in the anoxic reactor.
Emission from the aerobic reactor is divided into the case with N20 concentration lower than
40 ppm (namely normal period) and that higher than 40 ppm (namely high emission event)
and compared in Figure 9. The value can be compared directly because the N20 emission is

Table 3.
Gaseous N20 concentration in anoxic and aerobic reactors.

Run B A C E D F
HRT (h) 12 12 12 6 6 6
SRT (d) 20 20 20 10 10 10
Recycle ratio (%) 100 200 400 100 200 400
Gas phase in anoxic reactor

Average (ppm) 0.80 4.87 291 203 10.70 15.90

Median (ppm) 059 2,00 0.69 1.94 285 484

Maximum (ppm) 3047 96.76 9673 1240 1423 1538

Standard deviation (ppm) 1.62 11.00 1092 1.06 2092 30.71

Number of data 409 418 116 241 185 336
Gas phase in aerobic reactor

Average (ppm) 1.63 481 598 1625 19.44 2831

Median (ppm) 1.15 252 553 1455 1579 9.79

Maximum (ppm) 6.92 4443 2697 7516 6480 286.2

Standard deviation (ppm) 123 593 427 9.60 13.35 56.79

Number of data 411 418 117 240 185 336

Monitoring data were obtained every two hours.



161

expressed as per volume of treated wastewater. It should be noted here that the emissions
from the anoxic and aerobic reactor do not solely represent the reaction of denitrification and
nitrification, respectively. As solubility of N20 is very high, the liquid carried dissolved
N20 from one reactor into the other reactor, the N20 produced can be released in the
following reactor. Nevertheless, the N20O release from each reactor approximately provides
information on N20 production in each reaction.

Higher loading (HRT 6h, SRT 10 d) caused more N20 production in general. The
emission from aerobic reactor was more significant than that from anoxic reactor in normal

Frequency Anoxic Reactor Frequency Aerobic Reactor
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Figure 7. Frequency distribution of N2O concentration in anoxic and aerobic reactors -
with various circulation ratio (CR). [HRT = 12h, SRT = 20d]
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Figure 8. Frequency distribution of N2O concentration in anoxic and aerobic reactors with
various circulation ratio (CR). [HRT = 6h, SRT = 10d]
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Figure 9. Contribution of aerobic reactor, anoxic reactor with low concentration, and anoxic
reactor with high concentration to N20 procution.

condition. However, high emission events in anoxic reactor contributed to some extent
especially when circulation ratio was high.

N20 emitted to the environment with the final effluent in the dissolved form is estimated
based on theoretical solubility and measured partial pressure of N2O in the head space of the
reactor. Taking this soluble N20O into account, the maximum N2O emission in this study was
about 30 mgN/m3 at circulation ratio of 400% and HRT/SRT being 6 h/10 d. This amount
accounts for about 0.1% of the influent total nitrogen. This percentage was lower than the
tentative value (0.1%) shown by IPCC [4].

N20 emission and ORP

The above results indicate that high emission events during the denitrification shouid be
avoided. If such event were monitored easily even without measuring N20O emission, it
would help better control of N20O emission from the whole treatment system.

Figure 10 shows the correlation between monitored ORP and N20 concentration in the
anoxic reactor. ORP should be normally well below -200 mV in denitrification process.
Many of the data were below -100 mV, but ORP became higher than +200 mV in some cases.
All the data of high N20 happened together with ORP higher than 300 mV although there
were also many cases of normal N20 concentration in spite of high ORP. Because ORP
value and denitrification reaction influence each other, it is not obvious whether high ORP
caused the poor denitrification with N2O production or poor denitrification caused high ORP.
ORP can be a useful indicator showing the possibility of high N20O emission in denitrification
process.
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Figure 10. Correlation between ORP and N20O concentration in anoxic reactor.
CONCLUSION

Nitrous oxide (N20) production from nitrogen removal process treating combined domestic
sewage was examined. The followings are major findings.

Overall N20 production was less than 0.1% of the inflow total nitrogen at SRT no shorter
than 10 days. This conversion percentage is well acceptable.

N20 emission from nitrification was normally greater than that from denitrification.
However, denitrification step sometimes experienced events of very high N20 emission
lasting about the order of one day. There existed correlation between ORP and this high
N20 emission that happened at ORP higher than +300 mV.

N20 emission increased with decrease of SRT and with higher ratio of liquid circulation.
Maintaining satisfactory SRT and operating the process with reasonable circulation ratio
reduce N20 emission.
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The quinone profile technique was applied to investigate the microbial community of
activated sludge in anaerobic/aerobic SBR treating actual sewage. enhanced biological
phosphorus removal (EBPR) sludge was developed with the addition of acetate to influent
sewage and then the sludge was exposed to lower acetate addition condition. Deterioration of
biological P removal was evaluated by monitoring effluent quality. Change in concentration
of polyphosphate accumulating organism (PAO) was estimated by application of a kinetic
equation in the IAWQ activated sludge model No.2 to the results of phosphorus release tests.
The change of PAO content in sludge was compared with variation of quinone species during
the disturbed period with the lower addition of acetate. Although fluctuation of two
menaquinone species (MK-8(H4) and MK-7) looked relatively similar to change of PAO
content, there was no clear relationship between them. The quinone profiles of the SBR
sludge were also compared with those of activated sludge in other processes that were not
designed for EBPR.

1. INTRODUCTION

It is well known that alternating anaerobic/aerobic conditions in sequencing batch reactor
(SBR) activated sludge processes can help in achieving enhanced biological phosphorus
removal (EBPR) [1]. In order to achieve stable EBPR, it is very important to evaluate the
relationship between microbial population dynamics in activated sludge and process operation.
Recently mathematical modeling and simulation became popular for effective control and
operational optimization of the SBR for nutrient removal. Operational scenarios may be tested
by simulation before conducting experiments on trial and error base.

The most successful activated sludge model, so called Activated Sludge Model No.l
(ASM1) [2], was developed in 1986 by the task group for mathematical modeling for design
and operation of biological wastewater treatment of the IAWPRC (now IWA). This approach
has been accepted by a wide range of engineers and applied successfully to the SBR system
(eg. Oles and Wilderer, 1991[3]). The ASM1 has been updated to a higher version named
Activated Sludge Model No.2 (ASM2), which includes phosphorus removal [4]. The latest
version, Activated Sludge Model No.3 (ASM3), was proposed to express substrate storage
phenomena [5].

We experimentally investigated the deterioration of EBPR caused by remaining nitrate in
SBR process [6]. In this study, we succeeded in simulating long-term dynamic behavior of
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nutrient removal using the SBR model based on ASM2. The simulated results implied that the
deteriorating phenomena of phosphorus removal could be explained by two mechanisms;
poor P-uptake by polyphosphate accumulating organism (PAO) and washout of PAO itself.
Once a well calibrated SBR model is developed, simulation of different operating strategies
for phosphorus removal, such as adjustment of anoxic/anaerobic phase under steady state and
transient loading conditions can be easily performed rather than conducting lab-scale
experiments. However, we could not achieve satisfactory level of model calibration, because
each fraction of microbial group has still not been calibrated in the model simulation.

The quantitative determination of each bacterial concentration in activated sludge
experimentally has been very difficult, while the activated sludge models incorporate several
microbial groups such as heterotrophic organisms, nitrifiers, and PAOs. Identification and
characterization of microorganisms in activated sludge by isolation techniques are considered
to be very difficult. A chemotaxonomic approach using the quinone as biomarker has
provided invaluable information on microbial population dynamics in activated sludge system
[7]. We have investigated the structure and dynamics of microbial community in SBR
activated sludge process for EBPR treating a synthetic wastewater containing acetate and
pepton as main organic substrates.

We found out that ubiquinone with 9-isoprene unit (Q-9) and menaquinone with 7-isoprene
(MK-7) were well related to the development of EBPR process after the introduction of
anaerobic /aerobic operation. However, microbial communities in activated sludge seem to be
very much dependent on substrate composition [8], [9]. Hiraishi et al. (1998)[8] reported that
quinone profiles in activated sludge processes might be affected more by the nature of the
influent wastewater than by the introduction of an anaerobic stage into the process. It is
therefore necessary to investigate quinone profile of EBPR activated sludge treating actual
sewage containing more colloidal and particulate organic matters and compare the results
with activated sludge process which are not designed to incorporate anaerobic phase in their
treatment facilities.

Although we found several possible indicators of quinone species for biological P removal
activity, the quinone species do not directly correspond to predominant quinone of PAOs.
However, it is useful to discuss the effectiveness of quinone profile analysis for evaluation of
growth or decay of PAOs as well as behavior of EBPR activity. The objectives of this study
on activated sludge in SBR treating actual sewage are listed as follows;

1) To investigate response in quinone profile of the activated sludge to reduction of added
acetate as substrate.

2) To compare their quinone profiles with those of sludge in other processes.

3) To discuss the profiles change and relationship between estimated PAO content and
quinone fraction to find possible markers for EBPR activity or PAO.

2. MATERIALS AND METHODS

2.1. Experimental apparatus and operational conditions

An anaerobic/aerobic SBR process was operated for biological phosphorus removal from
actual sewage. The duration of the total cycle was 6 hours consisting of four phases such as
anoxic/anaerobic mixing phase (2.0 hrs) including wastewater feed (1.0 hrs) at a constant rate,
the aeration phase (3.0 hrs), settling phase (0.6 hrs) and discharge phase (0.4 hrs) as shown in
Figure 1. The activated sludge for inoculation was collected from a conventional activated
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Figure 1 Cyclic operation of SBR for nutrient removal

sludge process treating municipal wastewater. In each cycle, 30-L of the municipal
wastewater supplemented with acetate (40 mg-COD/L) was added to the reactor with the
effective volume of 100-L. After settling, the same amount of supernatant was withdrawn,
corresponding to HRT of 20 hours. The operating temperature and the DO level of aeration
phase were controlled at 20° C and 2.5 mg/L, respectively. Excess sludge was wasted at the
end of aeration phase of each cycle by drawing mixed liquor of 3.1-L, which corresponded to
SRT of 8 days.

Acetate was added to actual sewage so that stable EBPR could be obtained under
fluctuating influent conditions. After obtaining stable EBPR in SBR for two months, addition
of acetate was reduced to 20 mgCOD/L for 16 days and then it was stopped. Influent and
effluent qualities were monitored during the perturbation.

2.2. Sampling and analysis

Influent was collected from its storage tank at 4 ° C every three hours by an auto-sampler.
Daily composite sample was subjected to water quality analysis such as PO,-P, NH,-N, NO,-
N and NO,-N. Effluent nitrogen and phosphorus concentrations were also measured to
investigate nutrient removal performance. Sludge samples were collected from the reactor at
the end of aerobic phase and were subjected for quinone profile analysis described below. In
addition, sludge samples were taken from a laboratory size A/O SBR fed with acetate,
membrane separation bioreactor (MBR), and circulated denitrification reactor (CDR). The
latter two processes were operated at our pilot plant installed at a municipal sewage treatment.

2.3. Quinone analysis

Sludge sample was mixed with three volumes of a chloroform-methanol mixture (2:1, v/v)
and homogenized for 2 min. After centrifugation (7,000 rpm, 10 min), the resulting aqueous
phase was removed, while the lipid phase that contained quinone was recovered. The
extraction procedure was repeated three times with the chloroform-methanol and all extracts
were concentrated in a vacuum and re-extracted with n-hexane.
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Thereafter, the crude quinone extract in n-hexane was concentrated by Sep-Pak Silica
cartridge and separated to MK and Q with 2 % and 10 % diethylether-hexane, respectively
{10]. Quinone components were analyzed by high performance liquid chromatography and
then identified by spectro-chromatography. Equivalent number of isoprene unit (ENIU) was
calculated from their retention time [7]. Identified quinone components, Q and MK with n
isoprene units, are expressed as Q-n and MK-n, respectively.

2.4. Phosphorus release test

To evaluate PAO content in activated sludge, P release test was carried out under anaerobic
condition with addition of acetate. Centrifuged sludge sample was mixed with oxygen-free
dilution medium for BOD analysis in which sodium acetate (140mgC/L) and sodium
bicarbonate as buffer (200mg/L) were added. The mixture was stirred for 6 hours at 20° C
under anaerobic condition. Sample was collected every 30 minutes and subjected to
phosphate analysis. To avoid oxygen contamination in the mixture, N, gas was purged during
sampling. Change of released P concentration was used to estimate PAO concentration by
curve fitting method based on the P release kinetic equation in the ASM2.

3. RESULTS AND DISCUSSIONS

3.1 Treatment performance of SBR

Figure 2 shows changes of influent quality and MLVSS during the experimental period.
Influent total CODcr concentration varied from 60 to 265 mg/L. Low CODcr values were
observed after rainfall events on Day 1 and Day 12. Similar variation is shown in influent
total N concentration. With respect to sludge parameters, reduction of added acetate caused
corresponding decrease in biomass concentration, while there was no bulking problem during
the experiment. However, unfortunately, a large amount of sidestream wastewater from sludge
treatment was introduced to the influent line on Day 22. Therefore, we stopped the
experiment because of significant change in sludge characteristics in the SBR.

Figure 3 shows changes of effluent N and P concentrations. As we expected, sufficient
nitrification took place during the whole perturbation period. On the contrary, P removal
deteriorated from Day 2 when influent total CODcr decreased to 60 mg/L. Effluent phosphate
concentration reached more than 1 mg/L and then gradually decreased until Day 13. The
second rainfall event on Day 12 caused low influent CODcr, which also caused deterioration
of P removal. When the acetate addition was ceased on Day 16, effluent P concentration was
over 1 mg/L and then became higher on Day 18.
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Figure 2 Changes of influent sewage quality and MLVSS
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Figure 3 Changes of N and P concentrations in effluent

3.2. Evaluation of PAO content in activated sludge

We carried out P release tests for sludge collected at the end of aerobic phase. Rapid and
higher P release implies higher PAO concentration and more accumulated polyphosphate in
sludge. In the ASM2, phosphorus release rate is expressed by the equation in Figure 4.

Values of stoichiometric and kinetic parameters in the rate equation were given according
to typical values proposed in the IAWQ technical report. X,,, S,, and X;,, are time-variables.
Since added acetate concentration was much higher than saturation constant for acetate (K,),
the term of acetate was regarded as unity. X, at time=0 was estimated using finally released P
concentration in each test. Eventually, X,,, was obtained as COD base by fitting model
simulation to experimental data using nonlinear least square method. Figure 4 shows an
example of curve fitting for the results on Day 13.
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Figure 4 Phosphorus release test on Day 13

Based on results of P release tests, PAO concentration and its content were estimated as
shown in Figure 5. The COD concentration of PAO was converted to MLVSS value using a
factor of 1.416 mgCOD/mgCell-VSS. The initial PAO concentration was estimated as 86
mgVSS/L, which corresponds to about 15% of total MLVSS in the sludge. There was a rapid
decrease in PAO concentration on Day 2. Once it slightly increased on Day 4, but then
gradually decreased until Day 16. After stopping the acetate addition, the PAO level was
around 40 to 50 mg/L. Since MLVSS concentration also decreased during the perturbation,
the PAO content showed a different behavior from Day 2 to Day 16. Because decreasing rate
of PAO concentration was smaller than that of MLVSS, the content increased from Day 4 to
Day 13. The increment has a good agreement with decreasing effluent P concentration during
the period. PAO content decreased to 8% of MLVSS from Day 16 to Day 22, because acetate
addition was stopped. The estimated PAO content became half during the experiment.

3.3. Quinone profile and microbial community change in SBR

Figure 6 shows the change in mole fraction of quinone from Day 4 to Day 20. Initial mole
fraction is not shown due to a technical trouble in analysis of menaquinone on the starting day.
For all samples, the most predominant ubiquinone was Q-8 in the sludge. The second and
third were Q-10 and Q-9, respectively. The predominance order of menaquinone was MK-8
(H4) and MK-7. These results were similar to data reported by Hiraishi et al. (1998)[8] on
activated sludge in AO process plants.
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Figure 5 Changes of estimated PAO concentration and its content
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To investigate microbial community change during the experiment based on quinone
profile data, dissimilarity index value (D-value) was calculated according to the Eq. (1).

D(i7j):0'5i‘xik —xjk\ (Y]

where n is the number of quinone components and x;, and x;, are the fractions of the k quinone
component for the i and j samples, respectively.

D-value is in the range of 0 to 1. When the value is not more than 0.1, microbial
communities of two samples are similar. Values more than 0.2 are interpreted as a significant
difference of community [11]. Since the values were no more than 0.1 among all samples as
shown in Table 1, no significant shift of microbial community took place during the
experiment.

3.4. Relationship between PAO content and quinone fractions

Although there was no significant change in the quinone profile, estimated PAO content
changed dynamically after the reduction of added acetate. Relationship between PAO content
and fractional change of quinone species was investigated in order to obtain information for
identification of any specific quinone indicator to PAO.

Panels of Figure 7 show fractional changes of 3 ubiquinone and 7 menaquinone species.
PAO content change is also shown in the same fraction range of vertical axis. Since change of
PAO content in the activated sludge was just within the range of 5% during the experiment,
the loss of PAO may not reflect a significant change in quinone fraction. However, if they

Figure 6 Change in quinone profile of activated sludge in EBPR-SBR

Table 1
Dissimilarity analysis
Day 8 Day 13 | Day 16 | Day 20

Day4 | 004 0.04 0.08 0.09
Day 8 - 0.05 0.10 0.09
Day 13 - - 0.05 0.07

Day 16 - - - 0.09
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have a predominant quinone species that is not a quinone fraction of major bacterial groups,
there should be a similar variation in the corresponding quinone to changing pattern of PAO
content. In our previous study [12], we found that fractional change of two menaquinone
species (MK-7 and MK-8(H4)) had good agreement with increased P uptake rate at aerobic
phase during a start-up of EBPR in SBR process. These two species were considered as
possible indicators for development of EBPR activity.

The variation pattern of MK-8(H4) and MK-7 look relatively similar to that of PAO content
in this experiment, but they increased on Day 16 while PAO content decreased. The other
fractional changes have clearly different trend from that of PAO content. Therefore, we
concluded that the investigation did not give a clear relationship between kinetically estimated
PAO content and each quinone fraction. In this study PAO concentration was estimated based
on kinetic model. There might be a limitation in comparison of kinetically estimated PAO
content and analytical data on biomarker such as quinone profiles.

Among the variations of 10 quinone species, several similar patterns were found. For
example, Q9 and Q10 simply increased by the reduction of added acetate, while MK-10 and
MK-11 simply decreased. MK-7 and MK-8(H4) had a relatively similar fluctuation pattern.
Although there was no clear relationship between PAO content and quinone species, the
reduction of added acetate caused interesting change in quinone fractions. In the previous
study on start-up of anaerobic/aerobic SBR [12], acetate was added to influent sewage to
promote the EBPR. In that experiment, Q-9 and Q-10 simply decreased under acetate addition
condition, which is opposite to the trend under acetate reduction condition as above-
mentioned. MK-10 and MK-11 had a very similar behavior each other. MK-7 and MK-8(H4)
had also a relatively similar pattern. The corresponding pattern change for both cases of
reduced and added implies that the set of the quinone species seems to be specific to acetate
metabolism by bacterial group.
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3.5. Comparison of quinone profiles with other activated sludge

In order to compare the quinone profiles of the SBR sludge with those of other activated
sludge under different operation, sludge samples were taken from other reactors. The reactor
types and their operations are summarized in Table 2. Another SBR process (SBR(B)) was
also operated under anaerobic and aerobic condition, while MBR and CDR were not EBPR
processes. MBR had a very long SRT condition and CDR was operated for denitrification.

Figure 8 shows quinone profiles of sludge in the above-mentioned reactors. Among them,
the profile for SBR (B) fed with acetate was much different from the other processes that
treated same actual sewage. The difference was quantitatively shown by the dissimilarity
index values more than 0.2 between SBR (B) and others. High dissimilarity comes from
difference in ubiquinone (Q) content and poor diversity of menaquinone (MK) in SBR (B)
sludge. Single supply of acetate seems to make microbial community in activated sludge
simple. Higher content of Q-9 in activated sludge was also reported by Okada et al.
(1992)[13]. In their operation, acetate was a main substrate for the SBR process.

On the contrary, MBR and CDR have a relatively low D value of 0.127 under extremely
different SRT conditions. As reported by Hiraishi er a/ (1998)[8], substrate or influent
condition had more influence on quinone profiles than operational condition.

4. CONCLUSIONS

A bench scale anaerobic/aerobic sequencing batch reactor (SBR) was operated with feed of
actual sewage to investigate the population dynamics using quinone profile analysis. Quinone
profiles showed that Q with 8-isoprene unit (Q-8) was present as the most predominant, Q-10
and Q-9 were the second and the third. The most predominant MK was MK-7, when stable
and good EBPR was achieved by addition of acetate to influent sewage.

Table 2
Influent and operational conditions of reactors for comparison
Reactor A/O SBR (A) A/O SBR (B) MBR" CDR”
Influent Sewage + Acetate Acetate Sewage Sewage
SRT 8d 10d >100d 10d
HRT 20 h 10 h 36h 6h

1) Membrane separation Bio Reactor
2) Circulated Denitrification Reactor

Dissimilarity index value

A/OSBR(B)] MBR | CDR
AJOSBR(AY|  0.206 0.184 | 0.237
A/O SBR (B) j 0314 | 0353

MBR l i 0.127

Figure 8 Comparison of quinone profiles in different activated sludge
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The reduction of added acetate and the dilution of influent sewage due to rainfall on Day 1
caused rapid deterioration of EBPR and loss of PAO concentration. Estimated PAO content in
sludge changed from 14% to 8% in the experiment. The reduction of added acetate caused a
large impact to loss of PAO and fractional change in quinone profile during the experiment.
However, the dissimilarity analysis revealed that there was no so significant change in
microbial community shift. In other words, change in microbial community was evaluated as
medium level based on quinone profile analysis. Relationship between changes in quinone
fraction and PAO content was compared. Although fluctuation of two menaquinone species
(MK-8(H4) and MK-7) looked relatively similar to change of PAO content, there was no clear
relationship between them.

The comparison of temporal variation of each quinone species would be informative to
evaluate microbial community change. There were several sets of quinone species that had
similar response to reduction and addition of acetate in anaerobic/aerobic SBR process. In
addition, the quinone profiles of the SBR sludge were also compared with those of activated
sludge in other processes that were not designed for EBPR. The profile for the SBR fed with
acetate was much different from the other processes that treated same actual sewage. High
dissimilarity comes from difference in ubiquinone (Q) content and poor diversity of
menaquinone (MK) in acetate-fed sludge. Supply of acetate to EBPR system could not
represent complex microbial community in EBPR sludge treating actual sewage.
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Fluorescent in situ hybridization (FISH), dot blot hybridization, antibody immobilized
latex coagulation, and MPN methods for enumeration of ammonia-oxidizing bacteria were
applied to various water environments, namely pure culture, enrichment cultures, mixed
liquors and effluents of municipal wastewater treatment plants (WWTPs), and river water.
The samples were categorized and applicability of these methods at the present time was
discussed. Higher applicability of dot blot hybridization and underestimation caused by
MPN were demonstrated. Antibody immobilized latex coagulation could be easily applied
to the samples with less impurity particles. Successful application of FISH was limited to
high ammonium loading systems due to weak signal, auto-fluorescence, and non-specific
binding.

1. INTRODUCTION

Enumeration of ammonia-oxidizing bacteria (AOB) is useful in control of wastewater
treatment processes, because AOB works as one of the key elements in biological nitrogen
removal. Till lately, enumeration of AOB has been achieved only by culture-dependent
MPN (most probable number) methods [1], which have some fundamental defects such as
long culturing time (1 month) and difference of culturability among the species of AOB [2].

Recently, development of biology and molecular microbiology enabled us to apply
antibody methods [2, 3], fluorescent in situ hybridization (FISH)[4, S] and dot/slot blot
hybridization methods [5, 6] using 16S rRNA targeted oligonucleotide probe for
enumeration of AOB. Taking advantage of these methods, enumeration of AOB may be
applied to not only wastewater treatment system but also other aquatic systems such as
river, lake, sea, and/or sediment. These enumerations in lower concentration range will
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help us to understand the nitrogen cycle in the environment more precisely and assess the
risk potential of oxygen consumption by AOB. Moreover, in future, it might be possible
that artificial environmental impacts will be monitored by AOB's profiles, because AOB is
thought to be ubiquitous in the environment and sensitive to environmental stresses.

The FISH method has been reported successfully for biofilm systems [7-9] and high
ammonium loading systems [4, 10], however, for relatively low ammonium loading water
environment systems, such as municipal wastewater treatment processes and natural water
bodies like river, AOB enumerations have not been reported well. As for dot/slot blot
hybridization, very few studies have been known about enumeration of AOB in the
environments.

This research executed practical enumerations of AOB for pure culture, enrichment
cultures, municipal wastewater treatment processes and its effluents, and river water by the
FISH, dot blot hybridization, antibody immobilized latex coagulation, and MPN methods.
Applicability of each method was discussed.

2. MATERIALS AND METHODS

2.1. Samples and pre-treatment

Pure culture and enrichment cultures. Nitrosomonas europaea (IFO14298) was selected
as pure culture of AOB. Growth medium and condition designated by IFO (Institute for
Fermentation, Osaka) was used for culturing. Two enrichment (inorganic and organic)
cultures of AOB with high ammonium loading were also cultured.

Lab-scale reactor. A lab-scale reactor was operated with an artificial wastewater.
Peptone was the only nitrogen source in this system. Though allylthiourea (ATU) was
constantly added, ammonia-oxidizing activity was observed in this reactor.

Mixed liquors and effluents of municipal wastewater treatment plants (WWTPs). Mixed
liquors and effluents were collected from two municipal WWTPs (X, Y). Both plants were
operated as conventional activated sludge system. Plant Y was equipped with sand
filtration system for the effluent polish-up. In both systems, ammonia-oxidizing activity
was observed. Mixed liquors were collected at the end of aeration tanks. Effluents were
collected from sedimentation tanks before and after chlorination.

River water. River water of the Tama River in the Tokyo area was sampled from
shorefront at the following four sampling points: from the upstream, Hamura, Sekido,
Koremasa, and Maruko.

Pre-treatment. Effluents from municipal WWTPs and river water were 300 times
concentrated by centrifugation (about 3000g, 30 minutes x2, 4°C) for enumeration
methods other than MPN.

2.2. Enumeration methods
Most Probable Number (MPN). The MPN method was performed based on Sewage
Testing Methods [11]. The samples were diluted into 10-fold dilution series and cultured in
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five tubes for each dilution steps. The culturing temperature was set at 28°C and the
culturing period was 1 month. Nitrite production by AOB was detected by the GR (Griess-
Romijn) reagent and the concentration of AOB was estimated by the MPN table.

Antibody immobilized latex coagulation. A simple and ready-to-use detection kit for
nitrifying bacteria "Immuno latex "Kenshutsukun"" (Yakult Central Institute for
Microbiological Research, Yakult Honsha Co., Tokyo, Japan) was used. Polyclonal
antibody for AOB combined with latex particles was provided as a solution in this kit.
After making 2-fold dilution series, the diluted samples were dropped on a microtiter plate,
and the antibody-latex reagent was dropped on the samples. Subsequent to incubation for
4-30 hours at room temperature, AOB was detected by latex coagulations. Enumeration
was achieved by the following equation: (Concentration of AOB) = (Maximum dilution
times where coagulation can be detected) x (Titer value of the antibody provided by the
kit).

Fluorescent in situ hybridization (FISH). The FISH method was performed on the
protocols described by Amann (1995) [12], Wagner et al. (1995) [4], and Mobarry et al.
(1996) [5]. All the samples were fixed by 3% paraformaldehyde solution for more than 2
hours at 4°C, after ultrasonic dispersion for the samples needed, spotted on gelatin-coated
slide glasses. Samples on slide glasses were dehydrated by soaking in ethanol series (50%,
80%, and 98%) each for 3 minutes. Hybridization buffer was made from 0.9M NaCl,
20mM Tris/HCI, 0.01% SDS, and formamide (concentration shown in Table 1), pH 7.2; in
addition to that, 20% Block Ace (Dainippon Pharmaceutical, Tokyo, Japan) was added in
order to inhibit non-specific binding of probe with impurity particles. Fluorescent-labeled
oligonucleotide probes were dissolved with the hybridization buffer, and hybridized with
the samples for 2 hours at 46°C. The probes used for FISH are listed in Table 1. Detection
of AOB was done by the Nsol90 probe that is specific for most of AOB. However,
because of weak signal in the observational results using Nso190, experiments using the
NEU probe, which is specific for Genus Nitrosomonas and gives stronger signal than
Nso190, were executed in parallel with Nso190 experiments. Moreover, the EUB338 probe
specific for most of all eubacteria was used for easier recognition of target cells and the
NON probe that does not hybridize to any organisms was also used to distinguish non-
specific binding of probe with impurity particles. These probes were added simultaneously
with Nsol90 or after NEU. After the hybridization, washing was done by the buffer
without formamide (20mM Tris/HC}, 0.01% SDS, and NaCl concentration shown in Table
1, pH 7.2) for 20 minutes at 48°C. After applying SlowFade-Light (Molecular Probes,
Eugene, Ore., USA) as anti-fading reagent, sample observation and image acquisition were
executed by TCS-NT confocal laser scanning microscope (Leica Microsystems Heidelberg,
Germany) equipped with Ar/Kr laser. Randomly 10 images were obtained for one sample.
After the image processing, the probe-hybridized cells were counted manually. The image
processing was achieved by Scion Image for Windows (Release Beta 3, Scion Corporation,
Frederick, Md., USA, free software available at http://www.scioncorp.com/).
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Table 1
Oligonucleotide probes used for the FISH method in this study

Probe %FA  NaCl Label Specificity Reference

Nsol90 25" 105 XRITC Ammonia-oxidizing B-Proteobacteria Mobarry et al., 1996 [5]
NEU 40 25 XRITC Genus Nitrosomonas Wagner et al., 1995 [4]
EUB338 20 171 FITC  Most of all Eubacteria Amann et al., 1990 [13]
NON 20 171 Cy5  Does not hybridize to any organisms Wallner et al., 1993 [14]

*%FA: formamide concentration (%) in hybridization buffer, NaCl: NaCl concentration (mM) in
washing buffer.
*Formamide concentration of Nso190 probe was re-optimized by Konuma er al., 2000[15].

Dot blot hybridization. RNA was extracted by the AGPC (Acid Guanidinium Phenol
Chloroform) method using TRIZOL reagent kit (GIBCO BRL, Life Technologies, Frederick,
Md., USA). Hybridization and detection of oligonucleotide probes were achieved by DIG
system (Boehringer Mannheim Biochemica, Mannheim, Germany) according to the
manufacturer's protocol. Extracted RNA was diluted into 3-fold dilution series, spotted
manually on positively charged nylon membranes (Boehringer Mannheim), and
crosslinked in GS Gene Linker UV chamber (Bio-Rad Laboratories, Calif., USA). DIG-
labeled Nso190 probe was hybridized for more than 6 hours at 50°C. DIG Easy Hyb
(Boehringer Mannheim) was used as hybridization buffer. After washing, the probe was
detected by enzyme-catalyzed color reaction using DIG Nucleic Acid Detection Kit
(Boehringer Mannheim). The Nso190 enumerations of the pure culture of Nitrosomonas
europaea by the FISH method were used as references for the enumerations of the samples.

3. RESULTS AND DISCUSSION

FISH, dot blot hybridization, antibody immobilized latex coagulation, and MPN
methods for enumeration of AOB were applied to the pure culture and the enrichment
cultures of AOB, the lab-scale reactor, the mixed liquors and the effluents of the municipal
WWTPs, and the river water in order to assess the applicability of these methods. Because
the MPN method has been conventionally used for enumeration of AOB, experimental
results in Figure 1 are compiled in the style of comparison based on the results obtained by
the MPN method.
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Figure 1. Comparison of enumeration results by FISH, dot blot hybridization, antibody

immobilized latex coagulation, and MPN (based on the results of MPN). WWTP:
Wastewater treatment plant.

3.1. The problematic MPN method

Most of the MPN enumerated values were lower than the other methods by 1-2 order(s)
in Figure 1. Indeed the other methods faced the detection limit and/or trouble in the
enumerations in the lower concentration range, but enumerations by the other methods
were quite successful in higher concentration such as enrichment culture, therefore the
MPN enumeration was thought to underestimate the concentration of the targeted cells.
This observation agreed with Araki er al. (1999)[8] and Belser (1970)[2]. Cluster
formation of AOB (Figure 2) and unculturable AOB are likely responsible to this
phenomenon. Although only MPN can give reasonable results owing to its lower detection
limit (7 x 10*/mL when concentrated by 300 times) when AOB concentration is low, the
enumeration results should be treated carefully because of the defects above.

3.2. Applicability of each method for sample categories

As for the enrichment cultures, the FISH method was most successful among all the
enumerations in this study. Fluorescence from the probe-hybridized cells was much more
brighter than auto-fluorescence (background fluorescence), furthermore non-specific
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binding of probe with impurity particles was less than other samples (Figure 2).
Enumerations were conducted without any doubt. Counting of dead cells could not be
completely denied, but from the fact that the number of Nso190 stained cells were about 25
- 50% of total cells stained by YOYO-1 in the pure culture enumeration [16], low activity
cells and dead cells were thought to be excluded from the FISH enumerations. On these
samples, enumeration results by FISH, dot blot hybridization, and antibody immobilized
latex coagulation agreed well within 1 order. Thus these methods were judged to be
practically applicable to enrichment cultures.

As for the mixed liquors and the effluents from the WWTPs, no trouble was experienced
in dot blot hybridization. In the case of FISH enumeration, however, fluorescence from
probe-hybridized cells was weak and discrimination of probe fluorescence from auto-
fluorescence was often difficult. Moreover non-specific binding of probe with impurity
particles was a serious problem. Simultaneous hybridization with the EUB338 + NON
probe and image processing technique to remove auto-fluorescence and non-specific
binding (Figure 3 [16]) were developed to overcome these problems with FISH, but they
were still not enough. Not only the Nso190 probe, but also the NEU probe, which usually
produces brighter image than Nso190 if it hybridizes to the target cells, was used in the
same way, but this trouble was not cleared. In the case of antibody immobilized latex
coagulation kit, non-specific binding was also observed, but it was less serious than FISH.

Fig. 2. Cluster of AOB observed
in the organic substrate
enrichment culture by the FISH
method. Fluorescence was bright
enough for enumeration.
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Considering simplicity of this kit, this result is notable. This matter can be explained by
that this kit was developed and optimized for actual wastewater treatment processes. It
seems that the applicability of this kit depends on the amount of impurity particles in
samples. Therefore in these kinds of samples, dot blot hybridization was thought to have
high reliability, but reliability of FISH and antibody immobilized latex coagulation was
thought to be relatively low. Considering this viewpoint, Figure 1 can be re-drawn as
Figure 4 based on the results of dot blot hybridization.

In Figure 4, large underestimations by MPN, occasional large overestimations by FISH
and overestimations by antibody immobilized latex coagulation are observed. Because of
the facts above, dot blot hybridization is supposed to be recommended among these
methods. However, we should keep in mind that dot blot hybridization has potential
problems as follows: biases from RNA extraction and difference of rRNA content between
AOB in environmental samples and pure culture.

As for river water samples, dot blot hybridization could not detect the target RNA due to
its detectior: limit. Reasonable AOB enumeration by FISH was almost impossible because
of weak target fluorescence, auto-fluorescence, and non-specific binding, and also
impossible by antibody immobilized latex coagulation because of non-specific binding.
Enumerations were executed compulsively. Indeed true concentration of target cells may
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Figure 4. Comparison of enumeration results by FISH, dot blot hybridization, antibody
immobilized latex coagulation, and MPN (based on the results of dot blot hybridization).
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be under detection limits of these two methods (FISH: 9 x 10’ /mL and antibody: 1 x 10*
/mL when concentrated by 300 times), but the detection limits were not serious in these
cases because enumerations (and overestimations) were actually done. Only MPN can give
enumeration results constantly (Figure 1), however due to the reasons above, the true value
is supposed to exist between MPN enumeration and detection limit of dot blot
hybridization (1 x 10°/mL when concentrated by 300 times). For low concentration
samples, dot blot hybridization will be applicable if the concentration factor is more
increased. Furthermore, improvement of the FISH method, such as fluorescence
enhancement, application of in situ PCR or PNA (peptide nucleic acid) hybridization, may
become a breakthrough of the FISH method.

The ratings at the present time about the applicability of these methods mentioned above
are categorized and summarized as Table 2. Nature of samples is also described and five
levels of recommendation are proposed.

4. CONCLUSION

FISH, dot blot hybridization, antibody immobilized latex coagulation, and MPN
methods were applied to the samples from various water environments. The samples were
categorized and the advantages and disadvantages of these methods at the present time
were discussed and summarized. MPN enumeration appeared to be problematic. Dot blot
hybridization was found to be a relatively reliable method for AOB enumeration. Antibody
immobilized latex coagulation could be easily applied to the samples with less impurity
particles. FISH can be successfully applied to high ammonium loading systems, but weak
signal, auto-fluorescence, and non-specific binding can cause problems when applied to
low ammonium loading systems. Improvement of techniques will be needed for FISH.
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Nitrous oxide and nitric oxide emissions during sulfur denitrification in soil-
water system

K. Hasegawa and K. Hanaki

Department of Urban Engineering, University of Tokyo,
7-3-1, Hongo, Bunkyo, Tokyo 113-8656 JAPAN

Column and batch experiments were carried out to demonstrate the advantages of sulfur
addition into soil as an electron donor for denitrification . When denitrification proceeded
sufficiently, N20 emission from the soil column packed with elemental sulfur was much
lower than N2O emitted from the actual paddy field. In the case of adding CaCO3 for pH
adjustment with inorganic sulfur, N20 production was much suppressed. The NO
emissions were much lower than N20O emissions. Organic materials can promote nitrate
removal though they may induce sulfate reduction. The sulfide formation had the inhibition
of NO and N20O reduction. Therefore, it is concluded that elemental sulfur is more
appropriate additive to the soil-water system as an electron donor for denitrification than
organic materials and FeS.

1. INTRODUCTION

Nitrous oxide (N20) is a significant atmospheric trace gas due to its high global warming
potential, which is 280 times greater than that of CO2[1]. According to IPCC
(Intergovernmental Panel on Climate Change) report[1], the amount of N2O in the
atmosphere is currently increasing at a rate of 0.2 to 0.3% per year. Arai et al. [2] predicted
a higher rate than this based on measurements of atmospheric N2O in Japan. Therefore,
urgent action to suppress N2O emission is necessary.

Recently, increased anthropogenic nitrogen discharge to natural environments has
resulted in nitrogen pollution in natural water bodies. Contamination of groundwater with
nitrate-nitrogen is one form of this nitrogen pollution and a significant problem especially in
agricultural areas where nitrogen loading is generally very high [3-6]. Nitrous oxide
production in natural environments is predominantly caused by microbial activity, during
nitrification[7] and denitrification[8] processes. During these processes, nitric oxide (NO),
which contributes towards the destruction of stratospheric ozone layer, is also produced.
N20 and NO emissions are enhanced during the denitrification of the discharged nitrate-
nitrogen[9]. Actually, our previous work showed the high fluxes of N2O from the
agricultural soil-water system contaminated with high nitrate-nitrogen [10].
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An effective and feasible method to decrease N20O and NO emissions, while removing
nitrate-nitrogen sufficiently, by using denitrification activity of the soil-water systems should
be explored. The addition of electron donor is one of the methods to improve the
denitrification activity. But the results of the survey in the actual soil-water system
indicated that high organic matters would facilitate N20 emission[10]. On the other hand,
inorganic materials, which generate autotrophic denitrification, seem to advance
denitrification slowly and result in low N2O emission. _

Sulfur denitrification is based upon autotrophic denitrification by sulfur oxidizing
bacteria such as Thiobacillus denitrificans and Thiomicrospira denitrificans [11-12]. The
bacteria performing sulfur denitrification are listed in Table 1. Under aerobic conditions
these bacteria use oxygen as an electron acceptor, but under anoxic conditions they oxidize
reduced sulfur (S§*, S203%, S°) to sulfate while reducing nitrate. The equation of sulfur
denitrification when elemental sulfur (S°) is used as an electron donor is shown in Figure 1.
In addition to nitrate, T. denitrificans can also use nitrite, NO or N20 as an electron acceptor
[13, 14].

Practical use of sulfur denitrification is mainly confined to nitrate removal at off-site
plants [15-20]. In addition to these, recently, some on-site applications of sulfur
denitrification have been suggested. Zhang & Flere[19] presented the in situ remediation of
nitrate-nitrogen by using the pond-system. Yabe ef al.[21] tested the removal of nitrate-
nitrogen discharged from a farm by the addition of particles made of sulfur and limestone
into a drainage canal. At present, these on-site applications are limited. As regards to gas
emissions, Koenig & Liu[17] reported that N2O production was under 0.8% of the nitrate-
nitrogen fed into the sulfur packed column. But there are very few works concerning N20O
or NO production during sulfur denitrification.

In this study, column and batch experiments were conducted to demonstrate the
efficiency of addition of sulfur into soil as an electron donor for denitrification .
Subsequently, the ability of nitrate removal and the gas emissions during sulfur
denitrification were investigated.

Table 1
Sulfur denitrifying bacteria
name characteristics
Thiobacillus denitrificans obligately autotrophic colorless sulfur bacteria

Thiomicrospira denitrificans  obligately autotrophic colorless sulfur bacteria
Thiosphaera pantotropha facultatively autotrophic sulfur bacteria, aerobic denitrifier

Beggiatoa alba filamentous bacteria

58° + 6NO3  +2H20 — 5S04 + 4H' + 3Nzt

electron  electron
onor acceptor

Figure 1. Sulfur denitrification
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2. MATERIALS AND METHODS

2.1. Collection and analyses of the soil

The soils used in the experiments were collected from a paddy field at the Saitama
Agricultural Station in Japan. The soil (I) was submerged in a KNO3 solution (about 20
mgN/L) for two months after collection. The soils were dried and sieved by a Smm mesh
before the characteristics were measured. Pure water (100mL) was added to 10 g of sieved
soil and the mixture was sonicated at 40W for 10 minutes. The slurry was filtered through a
disposable filter (DISMIC, pore size = 0.45 um, Advantec) and chemical indices were
analyzed in the filtrate. The true and apparent specific gravities were measured by a 100mL
picnometer and 50mL measuring cylinder, respectively. The gravimetric water content was
analyzed by the infrared heating water meter (FD-600, Kett). The three phases of the soil
were determined by these measured physical indices (Table 2).

Table 2
Soil characteristics
indices soil No. — (D) an
chemical NO3 (mgN/g dry soil) 0.037 0.046
NO2 (mgN/g dry soil) 0.000 0.000
SO4* (mgS/g dry soil) 0.055 0.019
DOC (mgC/g dry soil) 0.448 0.208
pH 6.30
physical gravimetric ratio solid content 98.0 %
water content 2.0%
volumetric ratio solid content 40.1 %
water content 22 %
air-filled porosity  57.7 %
ratio in pore space  air-filled 96.4 %
water-filled 3.6 %

blank : not measured

2.2 Column experiment (1)

2.2.1 Column set-up

The soil-columns made of vinyl chloride were set up as shown in Figure 2. The soil
characteristics are as given in Table 2 under soil No.(I). Column A was packed with only
soil and operated as a control, while Column B was packed with a mixture of soil and
elemental sulfur powder sufficient to reduce 525 g of nitrate-nitrogen. A substrate
containing only nitrate-nitrogen and no organic compounds was diluted with tap water and
fed into the top of the columns at the constant flow rate of 90 mL/h. Soil-pore water was
collected from the soil-pore water collection kit (Daiki, Japan) laid at each sampling point
(No.1 - 5). Inflow and outflow water were also collected. Gas sample was taken from the
gas phase over the soil surface. The top of the column was sealed during the initial 47 days,
but it was opened to the atmosphere after 47 days because too reduced condition caused the
sulfate reduction.
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2.2.2 Analyses

NO3-, NO2-, SO4*, TOC, and pH were
measured in the samples filtered by the
disposable filter (DISMIC, pore size = 0.45 pm,
Advantec). NO3-, NO2-, and SO4* were
analyzed by Capillary Ion Analyzer (CIA,
Waters). TOC and pH were determined by
TOC analyzer (TOC-500, Shimadzu) and the
electrode (TOA), respectively.

N20 concentration in the gas sample was
determined by gas chromatography (GC)
equipped with electron capture detector (ECD).
The analytical condition of GC-ECD (GC-
8AIE, Shimadzu) is shown in Table 3. The
concentration of dissolved N20O was measured
by the headspace method. Fixed quantity (20 -
40 mL) of water sample was added gently into a
50 mL glass vial without incurring of the
release of N20 from the water phase, and fixed
quantity (1 - 3 mL) of Hibitane (5 w/v%
gluconate solution; Sumitomo Pharmacy) was
subsequently added for the inactivation of
bacterial function. Then the vial was sealed Table 3
with a butyl-rubber septum together with an Analytical condition of GC
aluminum seal and shaken. After this, the vial Gc GC-8AIE (Shimadzu)
was kept intact at 20°C for 1 hour. The gas  .olumn glass column (2.6mm x 3.0mm)
phase (0.5 mL) was taken and injected to GC- Polapak-Q (80/100 mesh)
ECD using a gas-tight syringe (1mL; Hamilton)  carrier N2 (30mL/min.)
for the analysis of N20. The concentration of  emp. detector 340°C

Figure 2. Soil columns
A: control, B: sulfur addition

N20 was determined by comparing the column 70C
chromatogram area with the areas of the
standards.
Table 4
2.3. Batch experiment Batch experiment settings
2.3.1 Settings added compounds
To examine the efficiency of sulfur as an a S'+ CaCO3
electron donor for denitrification, a series of b FeS + CaCO3
batch experiments using various electron donor, c glucose + CaCO3
such as S°, FeS, glucose, or cellulose, was d cellulose + CaCO3
carried out. The set conditions are as shown in e CaCO3
Table 4. CaCO3 was added for pH adjustment f none

except for case (f). Dry paddy soil (No. (I) ),
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each electron donor, and CaCO3 were mixed at a weight ratio of 8.5 : 1.0 : 0.5. Fifteen
grams of the mixture and 10 mL of 100 mgN/L KNO3 solution were put into a 50 mL vial.

The vial was sealed with a butyl-rubber septum and an aluminum seal after the air phase of
the vial was purged with N2 gas for maintaining anoxic conditions. Fifteen vials were
prepared for one experimental condition to serve for sampling with time.

2.3.2 Sampling and analyses

The gas sample (0.5 mL) was taken from the gas phase and injected to GC-ECD for N20O
measurement. After the gas sampling, the vial was opened and 25 mL of pure water was
added into the vial and the sample was sonicated by the ultrasonic homogenizer at 40W for
10 minutes. The slurry was filtered by the disposable filter (DISMIC, pore size =
0.45um, Advantec) and NO2-, NO3-, and SO4” were analyzed by CIA.

2.4. Column experiment (2)

2.4.1 Column set-up

To examine the influence of continuous operation of the
soil column into which each electron donor (Table 5) was
added with CaCO3 in layer form, the columns as shown in
Figure 3 were constructed. The packed soil was the paddy
soil (If). The substrate contained only KNO3, which was
fed into the column at 90mL/h. The top of the column was
sealed throughout this experiment for keeping anoxic
condition.

Table 5
Column experiment (2) settings

added compounds

none

CaCO3

FeS + CaCO3

S"+ CaCO3 Figure 3. Layered electron
cellulose + CaCOs3 donor column

S’ + cellulose + CaCO3

TmY Ow >

2.4.2 Samplings and analyses

The sampling points were as same as shown in the previous column experiment. In
addition to the analyzed compounds given in section 2.2, NO of the gas phase was also
measured. For the NO analysis, 0.5 mL of the gas phase was taken and analyzed by NO
analyzer (280NOA, SIEVERSE), which detects NO by chemiluminescence. The
concentration of NO was calculated by comparing the peak area with the standards.
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3. RESULTS AND DISCUSSION

3.1. Column experiment (1)

Figure 4 shows the profiles of dissolved N20, NO3-, and SO4* in the column experiment
(1). In Column A, there was little variation of the concentration of NO3- and SO4> with
depth. On the other hand, in Column B, where elemental sulfur was added, NO3-
concentration decreased with depth, whereas SO4” concentration increased. This clearly
indicates the occurrence of sulfur denitrification in Column B. The maximum
concentrations of dissolved N20 were detected after about 5 days in both columns. The
concentrations increased with depth in both columns on the 5th day, but the concentration of
N20 in Column B was kept low and decreased with depth by the 32nd day. After about 40
days, the concentration of SO4* decreased and the soil color became black, especially in the
lower part of Column B. This suggests sulfide formation by sulfate reduction after
disappearance of NO3~. Therefore, the columns were operated with opened top for avoiding
the excessive reductive condition. After this change, the sulfate reduction was constrained
while denitrification took place, but the ability of NO3~ reduction was weakened due to
inhibition by oxygen from the top. The N20 accumulated, especially in the top layer of
Column B, around day 81.

Nitrate-nitrogen was sufficiently removed by sulfur denitrification in the soil. During the
start-up state, small amount of nitrate-nitrogen was removed by the column. This was caused
by low activity of nitrate reduction, which resulted in much N2O accumulation in this
period. After that, N20 reduced in the soil column packed with elemental sulfur with
increased denitrification activity. However, pH decline due to H* formation with progress
of sulfur denitrification and the insufficient reductive condition by opening
the top, caused the accumulation of N20 around day 81.

Figure 5 shows the comparison of NO3~-N removal and N20O fluxes from Column B and
those values in the actual paddy field, where the groudwater containing high concentration
of NO3--N (20 - 30 mgN/L) was irrigated with no addition of electron donors for
denitrification. The removal of NO3--N was determined by multiplying the difference
between the average concentration of the inflow and outflow by the flow rate. N20O flux
from the column was calculated by the temporal change of the N20 concentration in the gas
phase.

Increase in nitrate-nitrogen removal and decrease in N20 emission were recognized with
progress of sulfur denitrification in Column B. Nitrate-nitrogen was sufficiently removed
and N20 emission was suppressed especially during the period of increased denitrification
activity (14 - 32 days). The nitrate reduction rate at the surveyed field in June, when the
paddy field was gradually submerged by irrigation, was relatively high. But the nitrate
reduction rate of Column B during the period of increased denitrification activity (14 - 32
days) was much higher than the values at the surveyed paddy field. The N20 flux from
Column B was much lower than the average N2O flux at the field survey. This indicates that
sulfur addition into soil will increase denitrification activity and suppress N2O emission.
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Figure 5. Comparison of the nitrate reduction rate (1) and N2O flux (2) from the Column
B (8° addition) with the values in the surveyed paddy field.

3.2, Batch experiment

Figure 6 shows the temporal changes of N20O in the gas phase of the vial supplemented
with different electron donors. When sulfur was added (a and b), the concentration of N20
did not exceed 60 ppm. On the other hand, in the other cases (c - f), the concentration of
N20 reached about 6000 ppm after a few days. When CaCO3 was added together with each
electron donor, the produced N20 decreased in a few days. However, it took a long time
for N20O reduction when there was no electron donor (f).

N20(ppm} —o0—a
_D"—b
6000 e
—¥—e
—o—f
4000 |
N20(ppm)
60 —o—a
2000 - 20 -y
20
0
0 5 10 15 20 © °
0 S 10 15

Time (days) Time (days)
Figure 6. Temporal change of N20 concentration under each electron donor. (a:
S°+CaCO03, b: FeS+CaCO3, c:glucose+CaCO3, d:cellulose+CaCO3, e:CaCO3, f:none, The
right figure shows magnified results of (a) and (b).)
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Figure 7 shows the NO3°-N  no3 reduction N20 production rate/
reduction rate and the ratio of the  rate (mgN/d) NOs™ reduction rate

N20O production rate to the NO3--N 0.5
reduction rate (term "N20 emission

ratio" hereafter). The NO3--N 0.4 -
reduction rate in the case of CaCO3

1

%

03 1 g
addition (e) was 1.7 times higher é 0.5
than control (f). In the cases where 0.2 é
organic electron donors were used, é
comparatively higher rates of 2.7 (c) 01 %
and 2.1 (d) times were obtained as 0 . é : 0
against CaCO3 alone (e). When a b c d e f

sulfur was used, little increase in the
reduction rate was observed. The
N20O emission ratio was highest
under no electron donor (f) , while it

was much suppressed in the cases of  Figure 7. NO3-N reduction rate (column) and the
sulfur addition (a and b). ratio of the N20 production rate to NO3--N
reduction rate (N20 emission ratio, line)

( a: S*+CaCO0s3, b: FeS+CaCOs3, c:glucose+CaCO3,
d:cellulose+CaCO3, e:CaCO3, f:none)

Sample

NO3™ reduction rate
—o— N20 production rate/ NO 3" reduction rate

3.3. Column experiment (2)

Temporal changes of N20 and NO in the gas phase of the column experiment (2) are
shown in Figure 8. NO was emitted after a few days and decreased immediately under all
the conditions. The concentration of NO in the FeS column (C) was much higher than NO
in the other columns. In Column F, the concentration of NO increased again after 43 days.
The concentrations of N20 were much higher than those of NO. A high concentration of
N20 was detected especially in Column F, where both cellulose and S® were added. N20O
decreased and reached a few ppm after 34 days in Columns A, B, D, E, and F. But the
accumulation of N20O continued throughout this experiment in Column C, where
FeS was added as an electron donor. In Columns E and F, the concentration of N20
increased again after 47 days.

Figure 9 shows the NO3" -N profile of each column after 41 days. The decline of the
concentration of NO3 -N was scarcely detected in Columns A, B, and C. In Columns D, E,
and F, the reduction of NO3 -N occurred especially in the zone where electron donor was
added. The concentration of NO3' -N at the sampling point No.2 was almost zero in these
columns (D, E, and F). After 40 days, the formation of sulfide was observed as black color
especially in the columns where cellulose was added. The reappearance of NO in Column F
and N20 in Columns E and F as mentioned above can be attributed to the inhibition of NO
and N20 reduction by this sulfide. In addition to sulfide formation, the pH decline as sulfur
denitrification progressed was also a serious problem. But the addition of CaCO3 in this
experiment worked effectively in buffering pH.
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Figure 8. Temporal changes of NO(left) and N2O(right) with different electron donors.
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Figure 9. Profiles of NO3 after 41 days ( A: none, B: CaCO3, C: FeS + CaCO3,D: §°
+ CaC03, E: cellulose + CaCO3, F: S' + cellulose + CaCO3)
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4. CONCLUSIONS

The addition of sulfur into the soil promoted denitrification and decreased the N20O
emission ratio as compared to the values from the actual paddy field. Especially in the case
when inorganic sulfur was added to the soil with CaCO3, the N20 emission ratio was kept
extremely low.

The use of organic material was more effective in obtaining high reduction rates of
nitrate-nitrogen. But the organic material promoted the occurrence of sulfate reduction and
formation of sulfide. Sulfide caused inhibition of NO and N2O reduction resulting in
accumulation of these compounds. Therefore, it is concluded that elemental sulfur is a
more appropriate additive to the soil-water system as an electron donor for denitrification
than organic materials and FeS.

The NO emission was negligible because of its much lower concentration than N20O. The
column experiment demonstrated the occurrence of sufficient nitrate removal even if sulfur
was added into the soil in the layer form, which is more applicable form than mixing.

The results of this study demonstrated the effectiveness of adding sulfur into soil for in-
situ removal of nitrate-nitrogen and elimination of N2O emission, but further study is
required for practical use of sulfur in soil-water environments
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FISHing for biomass in activated sludge mixed liquor: the slippery VSS fraction
D.D. Mudaly, B.W. Atkinson and F. Bux

Centre for Water and Wastewater Research, Technikon Natal, PO Box 953, Durban, 4000,
South Africa.

Among the issues confronting activated sludge researchers are the assessment of the active
biomass mediating the process and the delineation of the key microbial groups comprising the
total population. More specific to biological excess phosphate removal (BEPR) is the
quantification of that portion of the population responsible for the release and subsequent
uptake of soluble phosphate-the polyphosphate accumulating organisms (PAO’s). This study
attempts to address these questions by investigating the active microbial community within
pilot- and full-scale BEPR systems. Microbial community analysis was conducted on the
full-scale plant using fluorescent in situ hybridization (FISH) and dot blots. The alpha and
beta Proteobacteria were found to dominate this activated sludge population. Enrichment
procedures performed on a continuous pilot-scale plant designed to enhance the growth of
PAO’s, followed by probing with fluorescently labeled oligonucleotides, also showed the
alpha and beta Proteobacteria to be dominant. This study shows how the application of FISH
can be used for determining that fraction of the measured volatile suspended solids (VSS)
present as total active biomass (X,) and PAO’s (X;,0).

1. INTRODUCTION

Engineers have traditionally used mixed liquor volatile suspended solids (MLVSS) as a
‘lumped’ indication of the active biomass within activated sludge systems. Although the
MLVSS parameter has the advantage of fitting directly into mass balance equations, it has the
disadvantage of not providing a true indication of the active biomass present. This parameter
represents not only X, but also endogenous residue (dead cellular material; X.) and inert
particulate COD (originating from the influent; X;) present in the sludge [1].
Within Activated Sludge Model No.2 [2], X, of nitrification/denitrification biological

excess phosphorus removal (NDBEPR) sludge encompasses the following components;

e nitrifying organisms (X ), responsible for nitrification;

e the ‘all-rounder’ heterotrophic organisms (X,), responsible for fermentation in the
anaerobic zone, denitrification in the anoxic zone, and chemoheterotrophic activity in the
aerobic zone;

o X, responsible for the accumulation of polyphosphate in the aerobic zone.
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However, efforts to calibrate and validate the model kinetic and stoichiometric
parameters do not currently involve the direct, experimental determination of mixed liquor
concentrations of these microbial populations. Through advances in molecular biology, in
particular, developments in the field of microbial evolution [3], tools have become available
which may prove useful in furthering the descriptive and predictive capacity of current
mathematical models for BEPR.

Direct techniques are now the method of preference for quantifying bacteria in a variety of
ecosystems [4,5]. For the activated sludge process in particular such techniques have been
found to be more representative of the microbial community compared to indirect, cultivation
dependant methods [6]. The FISH approach targets ribosomal ribonucleic acid (rRNA) within
intact bacterial cells using oligonucleotides that are complementary to conserved signature
sequences of phylogenetically defined taxa. Such probes have been designed for the
following taxonomic levels;

e domains Archaea, Bacteria and Eukarya [7];
e intermediate family levels; viz.,alpha, beta, gamma subclasses of the family

Proteobacteria [8]; and the Actinobacteria [9]; and,

o lower genus levels i.e., Acinetobacter [10].

Since probe penetration through the cell wall can sometimes be problematic (e.g., Gram
positive bacteria having thick cell walls) [11], dot bot hybridizations can be applied to verify
the community profile obtained by in situ methods. Here, total nucleic acid is extracted from
the sample of interest and immobilised on a solid support medium followed by probing with
oligonucleotides of interest. Such an approach was first used to monitor population shifts in
the rumen of cattle [4].

Research undertaken to determine the PAO population implicated in BEPR identifies
particular bacterial phylogenetic families as being predominant in either SBR’s operated in
aerobic/anaerobic cyclic conditions or continuous anaerobic/anoxic/aerobic conditions to
stimulate BEPR. These studies indicate the predominance of the beta Proteobacteria and
Actinobacteria in BEPR [12,13]. Sudiana ef al., (1998)[14] found that the beta Proteobacteria
group predominated in activated sludge communities which had been acclimatised with
acetate as the major carbon source under phosphorus limited and rich conditions.

The use of DAPI for detecting polyphosphate in BEPR activated sludges was first reported
by Streichan et al., (1990)[15]. DAPI is routinely used as a DNA intercalating fluorescent
dye for the in situ detection of single cells; the DNA-DAPI complex emits a blue-white colour.
For polyphosphate detection the DAPI-polyphosphate complex fluoresces bright yellow.

This study utilises the popular approach of fluorescent in situ and membrane
hybridizations with oligonucleotide probes in order to investigate the phylogenetic affiliation
of the predominating organisms of both full- and pilot-scale BEPR processes. Probe results
for the determination of X, and X,,, are converted to mass fractions of measured system VSS
under defined operational conditions.
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2. METHODS AND MATERIALS

2.1. Full-scale process description

The activated sludge process at Darvill Wastewater Works (WWW) (KwaZulu-Natal,
South Africa) consists of conventional primary treatment and sedimentation, followed by
secondary biological treatment. The activated sludge process has been designed to conform
closely to the Johannesburg process configuration. The activated sludge plant consists of
three aeration basins (total volume = 19 600 m®) with five surface aerators (75 kW) in each
basin. Refer to Figurel for a diagrammatic description of the Darvill WWW activated sludge
plant. Settled sewage flow is fed directly to the anaerobic zone together with a volatile fatty
acid (VFA) containing stream originating from the supernatant of primary sludge fermenters.
Denitrification of the return sludge is encouraged by feeding a minor fraction (ca. 4%) of the
settled sewage into the pre-anoxic zone. A description of settled sewage composition data
flowing into the activated sludge plant over a two year period (January 1995 to February

1997) is given in Table 1.
effluent

Settled sewage
& lime RAS No. 1

=10 000 @@
700 kL.

| 1O @ 00 © @
2700 kL

000000
Informal Aeration basin
[anoxic zone| 19 600 kL

RAS No. 2

Secondary
clarifiers

Figure 1 Schematic representation of Darvill activated sludge plant modified for bio-P
removal.

Table 1
Settled sewage composition to Darvill activated sludge plant (average for a two year period;
January 1995 to February 1997)

Determinant Mean

COD 242.9 mg/L
TKN 24.8 mgN/L
Ortho-P 5.6 mgP/L

TP 8.5 mgP/L
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2.2 Pilot Scale Unit configuration and layout

The pilot plant was designed and modeled upon the 3-stage Phoredox process and operated
at 20°C (z1°C). A schematic design of the pilot plant is given in Fig. 1. Reactor
configuration consisted of the following zones: anaerobic (AN; 8 L); anoxic (AX; 4 L); first
aerobic (AEl; 10 L); and second aerobic (AE2; 10 L). The clarifier (2.5 L), situated
downstream of the reactors, was positioned at a 60° angle to the horizontal. Target influent
flow rate (Q;) was set at 36 L/d; settled sewage was fed directly to the AN zone using a
peristaltic pump (Gilson). The s-recycle, pumped (Gilson) from the clarifier to the AN zone,
was set at a ratio of 1:1, with respect to Q.. The a-recycle, from AE2 to the AX zone, was
pumped (Watson-Marlow) at a ratio of 3:1, with respect to Q,. System sludge age (R,) was
maintained at 10 d for the duration of experimentation. Oxygen uptake rate (OUR) was
measured in AE2 by means of a dissolved oxygen (DO) probe and meter (Randall ef al.,
1991). Air sparged into the aerated zones was controlled such that the aquarium air pumps
switched the supply on and off in accordance with the lower and upper set DO points of 2.0
and 5.0 mgO/L, respectively.

T = 200C
R =10d
Influent
36 L/d, 40C
1Q
l A-recycle , 3Q
Anaerobic Clarifier
SL 25L
Aerobic
0L
A;B“:m Effluent
1Q
S-recycle, 1Q

Figure 2 Schematic representation of pilot-plant

2.3. Sampling and cell fixation

Grab samples of activated sludge mixed liquor were collected from the anaerobic, anoxic,
and aerobic zones of the full scale process, and from the pilot scale EBPR process at the end
of the experimental period. Samples were fixed for 2 hours at 4°C with 3%
paraformaldehyde/PBS by the addition of three volumes of fixative to one volume of sample.
Cells were then washed in 1 x PBS (130mM NaCl, 10mM Sodium phosphate buffer, pH 7.2)
and resuspended in PBS/cold absolute ethanol (1:1 v/v). For fixation of Gram positive cells
activated sludge was added to ethanol to a final concentration of 50% (v/v).
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2.4. Membrane Filtration and staining with DAPI

Membrane filtration was carried out as described by Porter and Feig (1980)[16]. Dual
staining of cells with DAPI and fluorescent oligonucleotides was modified from the method
of Hicks et al. (1992)[17] so that cells were stained after in situ hybridization with DAPI
(0.33pg/mL). for 5 min. For detection of PAQO’s cells were stained with 50 pg/mL DAPI for
20 seconds.

2.5. Oligonucleotide probes

The following oligonucleotide probes were used: probes specific for the alpha, beta, and
gamma subclass of Proteobacteria (ALF1b, BET42a and GAM42a, respectively, Manz ef al.,
1992)[8]; a probe specific for Actinobacteria (HGC69a, Roller et al., 1994) a probe specific
for all hitherto sequenced bacteria ( EUB338, [7]). Probes were synthesized and labeled with
either rhodamine (red) or fluorescein (green) by Roche Molecular Biochemicals, Germany.

2.6. FISH hybridization

Aliquots of S5uL fixed sludge were applied to poly-lysinated slides and allowed to air dry.
Spotted cells were then dehydrated by serial immersion through 60%, 80% and 96% (v/v)
ethanol (3 min each). Samples of 10uL hybridization solution (0.9M NaCl, 20mM Tris/HC],
pH 7.2, 0.01% SDS, 50 ng probe, X % (v/v) formamide) were applied to each spot and and
incubated for two hours at 46°C in an isotonically equilibrated humidity chamber. Formamide
concentrations (v/v) for each probe was as follows; alpha, 25%; beta 35%; gamma,35%;
HGC25%. Probe was removed from the slide by rinsing with 2mL prewarmed washing
solution (20 mM Tris/HCl, 0.01% SDS, 5SmM EDTA, Y M NaCl; the salt concentration, Y,
was adjusted to the formamide concentration, X , in the hybridization buffer according to the
formula of Lathe,1985 [18]. Slides were rapidly transferred into washing solution and
incubated at 48°C for 20 min. Slides were then rinsed briefly with distilled water, air-dried
and mounted in vectashield antifading solution for viewing by microscopy.

2.7. Microscopy and Image Analysis

Cells were visualised with a Zeiss Axiolab microscope fitted for epifluorescence with a
50W mercury high- pressure bulb and Zeiss filter sets 02, 09 and 15. Images were captured
using a Sony (Germany) CCD camera. Image analysis was carried out using the Zeiss KS 300
imaging system.

2.8. Nucleic acid extraction and membrane hybridization
Total nucleic acids were extracted from about 0.2g of activated sludge (wet weight)[3].
Membrane hybridizations were performed as described by Manz et.al. (1992)[8].



202

3. RESULTS AND DATA INTERPRETATION

The microbial community represented in Table 2 was analysed by measuring the area of
cells that displayed probe conferred fluorescence and expressing this as a percentage of the
area that bound DAPL. The results indicated in Table 2 represent the biomass within the
acrobic zone and the community composition was found to be stable throughout the system.
Table 2 includes results obtained from dot blot hybridizations performed for the full-scale
plant. For dot blots, group-specific probes are represented as percentages of probe EUB338.
The main motivation behind performing the dot blots was to verify the community profile
obtained from the FISH experiments. Overall, the dot blot hybridizations showed the same
profile as that obtained by FISH and indicated that the alpha-Proteobacteria predominated the
sludge in comparable numbers to the beta-Proteobacteria. This trend in community profile
was maintained even after the stringency for the alpha-Pproteobacteria probe was increased
by the addition of up to 30% (v/v) formamide in the hybridization buffer.

TABLE 2
Probe specific counts (in situ) expressed as a percentage of total cells stained with DAPIL.
Toti non-BEPR Enriched BEPR Full-scale Nutrient
Pilot-plant Removal
(%) (o) (%)
FISH Dot Blot
11 19 20 30
B 25 23 30 37
14 17 13 14
HGC 13 11 8 12
Total 61 69 79 96
EUB338 73 78 80 100
PAO* n/d 55 25 n/d

*as revealed by DAPI staining
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Table 3 shows the percentage contribution of endogenous residue to the VSS for the pilot-
scale plant. This was determined by comparing the number of cells displaying DAPI
conferred fluorescence with the total number of cells visible by light microscopy. Since
DAPI intercalates the bacterial chromosomal DNA, those cells not showing DAPI
fluorescence were assumed to have their DNA degraded and therefore constitute endogenous
residue, X,. VSS readings for normal activated sludge systems also contain an inert fraction
(X;) and an endogenous residue fraction X, in addition to the active biomass (X,) In order to
experimentally determine that fraction of the VSS that exists as active bacterial biomass, the
percentage X, as determined in Table 3 must be subtracted from the measured VSS reading.
Since, at the time of sampling, the pilot-scale BEPR system was fed with a single readily
biodegradable substrate source (acetate), the X, fraction for this system can be assumed to be
zero. The fraction of the active biomass as VSS can then be determined (see equation 1,
results shown in Table 4). By multiplying the EUB/DAPI ratio by the total cell count (DAPI,
membrane filtration) (from Table 3) the metabolically active biomass of the sludge in terms of
cell numbers can be estimated from eq2 (results shown in Table 4):

VSS as biomass (g/L) = (100-%X,) x measured VSS (eq 1)
X, (cells/mL) = (%EUB/DAPI) x DAPI(cells/mL) (eq2)

From eq | and eq 2, the mean VSS per cell for the pilot-scale system can be determined

by:

Mean VSS per cell (g/cell) = VSS as biomass (g/L) / X, (cells/L) (eq 3)
By determining the mean VSS per bacterial cell using the pilot-scale system, the VSS as

biomass for the full-scale BEPR system can be calculated by extrapolation from equation 4
(results shown in Table 4):

VSS as biomass (g/L)=Mean VSS/cell (g) x X, (cells/L) (eq 4)

Table 3
Percentage endogenous residue (X,) for enriched pilot scale plant

Average cell

no./field
(Light microscopy) 410/53
DAPI count 226 /44

X (%) 45
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Table 4
Biomass expressed in terms of key process functions for nutrient removal (pilot- and full-
scale) and non-nutrient removal (full-scale) sludges.

Full scale Pilot-scale Full-scale
Non BEPR Enriched BEPR BEPR
(20d sludge age)  (10d sludge age) (8d sludge age)

S,;(CODmg/L) 800 492 200
Measured VSS (g/L) 3 1.29 2.75
P removal (mg/L) n/d 40 53
DAPI (cells/mL) 3 x10'° 1.6 x10" 8 x10°
X, (eub/dapi) (%) 73 78 80
X, (cells/mL) 2.19 x10" 1.25 x10'° 6.4 x10°
X, (%) n/d 45 n/d
VSS as biomass (g/L) n/d 0.71 0.36
Measured VSS as X, (%) n/d 55 13
Mean VSS/cell (g) n/d 5.68 x107"* n/d
Xpao*(%0) n/d 55 35
Kpao™ (cells/mL) n/d 6.88 x10° 2.24 x10°
VSS as PAO’s (g/L) n/d 0.39 0.13
Xpao/mgP removed n/d 1.7 x10" 4.2 x10"

*as revealed by staining in excess with DAPI

4. DISCUSSION

DAPI staining for the detection of PAO’s in situ (Figure 3) showed that the PAO
population in the enriched culture was much higher than for the full-scale process (Table 2).
It can be hypothesised that no fermentative heterotrophs were competing for COD (as acetate)
in the anaerobic zone of the enriched culture and a larger proportion of the biomass was
dedicated to phosphate release and subsequent uptake in the aerobic zone. In addition, the
influent biodegradable COD fraction for the enriched culture is larger by a factor of
approximately 2.5 (Table 4).

The VSS fraction present as biomass for the full-scale plant was calculated to be only
13% of the measured VSS value (Table 4). This implies that 87% of the measured VSS for
the full-scale system is present as inert material and endogenous residue that has become
enmeshed in the sludge mass. It should also be noted that the contribution of the extracellular
polymers (secreted by the sludge biomass) to the VSS has not been taken into account.

Equations 1-4 can also be applied for determining the contribution of X, to the measured
VSS readings for both full- and pilot-scale systems. The results given in Table 4 show the
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Figure 3. In situ hybridization of rhodamine (red) labeled probe Alflb (left panel)
and staining with DAPI for visualisation of PAO’s as yellow cells(right panel) for
the BEPR pilot-scale system. 10 micron bar applies for both images.

number of PAO’s required to accumulate 1 milligram of phosphorus. The values differ by a
factor of approximately 2.

While most studies have indicated the predominance of members of the beta
Proteobacteria and/or GPBHGC in BEPR sludges [12,13,19,20] the findings presented here
indicate that the alpha Proteobacteria are also implicated in BEPR for both the full-scale and
enriched cultures (Table 2). Members of the community belonging to the alpha
Proteobacteria were visualised to be of a uniform morphotype, being oval shaped and
congregated in compact spherical flocs (Figurel). A clear shift in this population was
observed to occur from the non-BEPR sludge (11%) to the enriched EBPR sludge (19%).
Members of the alpha Proteobacteria have been implicated by Kawaharasaki et al., (1999)[11]
as being capable of storing large amounts of polyphosphate although they were not found to
predominate the BEPR sludge.

While the FISH method presents a good indication of cell numbers, dot blots represent a
good indication of the total rRNA belonging to the group of interest. The measurement of
total rRNA is important since we are interested in the relative levels of metabolic activity for
the different groups implicated in BEPR. Based on the assumption that rRNA content is
directly proportional to growth rate [21,22] the results presented here (Table 2) using dot blots
indicate that the alpha Proteobacteria are indeed metabolically active in BEPR systems.

The BEPR community is clearly dispersed over a wide phylogenetic range of at least four
families but our findings suggest that the alpha and beta subclasses of the Proteobacteria
predominate both BEPR systems studied. While it has been demonstrated how molecular
techniques can be applied for the direct determination of key microbial communities in BEPR
systems, future work should focus on the comparison of such data to mathematical model
outputs.
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Microbial community of a non-phosphate removing anaerobic-aerobic activated sludge system fed with
fermented products was characterized. Predominant microbial populations were initially identified using
16S rDNA cloning analysis, and 34 different sequences were found among 161 clones screened. These
sequences were mostly affiliated with the divisions Proteobacteria (57.2 % of total clones) and
Cytophagales (25.5%). Particularly, the genus Hydrogenophaga and its related novel bacterial group in the
B-1 subdivision (49.7%), and the genus Flavobacterium (17.4%) were the predominant ones. The
abundance of major phylogenetic groups was further evaluated using fluorescent in-situ hybridization
(FISH) with group-specific RNA probes. Like the clone library results, bacteria of the p subdivision of the
division Proteobacteria was the most dominate one and possibly responsible for the substrate metabolism
in the process. FISH analysis further detected bacteria from o- and y-subdivisions, but not from the
divisions Cytophagales and actinobacteria.

1. INTRODUCTION

The modem activated sludge processes are known for the ability to remove organic
pollutants and nutrients from the wastewater stream. One of the advanced innovations is the
enhanced biological phosphorus removal process (EBPR), which was usually configured with
anaerobic and aerobic zones in sequence. This engineered configuration has provided an
adequate growth environment to enrich microorganisms that could accumulate polyphosphate
(PAOs). Empirical studies [1-8] on the metabolic behavior of PAOs have suggested that under
the anaerobic stage, PAOs could hydrolyze intracellular polyphosphate to orthophosphate,
and derive energy for the uptake and storage of carbon substrate such short chain fatty acids
into carbon reserved materials (e.g., polyhydroxyalkanoates [PHAs]). Under the subsequent
aerobic condition where external carbon substrate was absent, PAOs could consume the
stored PHAs for growth and for complete uptake of soluble phosphate that was released
anacrobically or present in the wastewater. Through the repetitive practice of the
aforementioned metabolic mechanism, the PAO could outgrow other strictly aerobic
heterotrophs and predominate in the process. From the engineering aspect, the phosphorus
removal could be achieved by constantly wasting the phosphorus-rich sludge followed by
incineration and landfill.

Full-scale EBPR processes were very stable when treating the municipal wastewater [2].
However, deterioration of phosphorus removal efficiency could occur under conditions such



208

as high rainfall flow into the treatment plant, high organic loading [3], unbalanced nutrient
condition [4], excess aeration [5], and high nitrate concentration in anaerobic stage [6].
During the deterioration, the predominance of microorganisms other than PAOs have been
observed [7, 8] in the processes. These microorganisms could also take up carbon substrate
and accumulate it as PHAs in the anaerobic stage without the hydrolysis of polyphosphate,
and were named as "G-bacteria" by Cech and Hartmen [9] due to their predominance in an
anaerobic-aerobic sludge reactor fed with glucose. Later studies [8,10] have termed these
microorganisms as Glycogen Accumulating Organisms (GAOs), because that the GAOs
could degrade glycogen intracellular to obtain energy for the uptake of SCFAs, and could
store the substrate as intracellular PHAs in anaerobic stage. In the following aerobic stage,
GAOs consumed PHAs both for growth and glycogen accumulation. The metabolism
employed by GAOs differed from that of PAOs only in the energy source used for the uptake
of substrate under anaerobic conditions [7-8,11].

At present, the microbial diversity of GAOs was not fully characterized yet. This was
attributed to the experimental technique previously used and the complexity of the microbial
diversity in GAOs under different operational conditions. The former difficulty was most
often related to the cultivation methods, and could be improved by using ribosomal RNA-
based molecular techniques to analyze the microbial diversity (i.e., structure and composition)
and spatial distribution [12-20]. In contrast, the complexity of the microbial diversity under
different operational conditions has not been closely examined. It was apparent that substrate
type (e.g., acetate and glucose) and phosphorus loading would selectively enrich different
populations in activated sludge processes [7,21]. In this study, the molecular technique was
applied to characterize the microbial community of a non-phosphate removing anaerobic-
aerobic bioreactor fed with fermented products.

2. MATERIALS AND METHODS

2.1. Sludge sample

The sludge was sampled from an anaerobic-aerobic sequence batch reactor (A/O SBR) fed
with a mixture of fermented substrate of acetate, yeast extract, peptone, magnesium,
potassium, calcium [22]. The total volume, hydraulic retention time, and sludge retention time
was 8.5 liters, 2days and 10 days, respectively. The influent DOC and PO,-P are 140 mg C/L
and 10 mg P/L. During more than one year of cultivation, the total suspended solids (TSS)
and sludge phosphorus content (% of TSS) were fluctuated around about 4800 mg/L and 2.5%,
respectively. During the anaerobic stage, the majority of the DOC fed was taken up with no
release of orthophosphate.

2.2. DNA Extraction and 16S rDNA clone library construction

The benzyl chloride method [23] was used to extract the sludge DNA. For PCR
amplification of 16S rDNA from extracted DNA, 10 pl of 2mM dNTP, 10ul of 10X PCR
buffer, Sul of SOmM magnesium, 1ul each of 10 pmol/ul primers (11f and 1392r), 0.5ul of
5U/ul Taq PCR polymerase (Takara co. Japan) and 2pl of diluted DNA template were added
to a 200pl tube. The total volume was adjusted to 100l with sterilized ddH,0. The PCR was
performed with the GeneAmp PCR System 9600 (Perkin Elmer Co.) with the following
thermal program: initial denaturation (95°C for 3 min), 30 cycles of amplification
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(denaturation at 95°C for 1.5 min, annealing at 52°C for 45 s, and extension at 72°C for 2 min),
and a final extension (72°C, 5 min). The PCR product was checked by electrophoresis in 1 %
(wt/vol) agarose gel and purified with the StrataPrep PCR purification kit.

For cloning library construction, the amplified PCR product was ligated into the pPCR-
Script Amp SK(+) cloning vector (Stratagene Co.) according to the manufacturer’s instruction.
Clones containing correctly rDNA inserts were checked by PCR amplification M13f/M13r
PCR products. The primer sequences used in this study were showed in Table 1. Clones with
the correctly insertion of 16S rDNA gene were screened by denaturing gradient gel
electrophoresis (DGGE) as previously described [24]. The DGGE was performed with a
Biorad Dcode system at 200V for 4hr. The DGGE patterns were examined after SYBR Green
I staining. Based on the electrophoresis on the DGGE gel, clones with unique DGGE
electrophoresis position were obtained and sequenced with primer 11f and 1392r by using a
DNA auto-sequencer (ABI model 377A).

Table 1. The primer sequence of PCR

Primer Sequence Reference
11f 5-GTTTGATCCTGGCTCAG-3’ 26
1392r 5-ACGGGCGGTGTGTAC-3' 24
M13 (-20) 5-GTAAAACGACGGCCAG-3 27
M13r 5-CAGGAAACAGCTATGAC-3' 27
968fgc 5 24

CGCCCGGGGCGCGCCCCGGGCGGGGCGGGGGCACGGGG
GGAACGCGAAGAACCTTAC-3

Table 2. Oligonucleotide probes used in this study

Probe Specificity Sequence (5-3) of probe F.A. (%) Target site Reference
EUB338 Bacteria GCTGCCTCCCGTAGGA 25 165 (338-355) 28
GT
ALF1lb-a a-subdivision of Proteobacteria, CGTTCGCTCTGAGCCAG 25 16S(19-35) 29

several members of delta
subdivision of Proteobacteria,
most spirochetes
BET42a  B-subdivision of Proteobacteria =~ GCCTTCCCACTTCGTTT 35 23S (1027- 29

GAM42a y -subdivision of Proteobacteria GCCTTCCCACATCGTTT 35 ;233) (1027- 29
HGC69a Gram positive high G+C phylum TATAGTTACCACCGCCC 25 ;gém (1901- 30
CF319a  Cytophagales $GGTCCGTGTCTCAGTA 35 }zéS) 29
BTW023a Competitor of BONE23a gAATTCCACCCCCCTCT 35 1685 (663-679) 31
BONE23a B-1 group of Proteobacteria GAATTCCATCCCCCTCT 35 165 (663-679) 31

LDI23a  Leptothrix discophora and other CTCTGCCGCACTCCAGCT 35  16S (649-666) 32

members of B-1  group  of
Proteobacteria
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2.3. Phylogenetic analysis

The phylogenetic affiliation of the clones from DGGE screened was analyzed. Sequences of
the most 10 abundance 16S rDNA clones were compared to the available 165 rRNA
sequences in GenBank. The most closely related 16S rRNA sequences from the search in the
GenBank were aligned with a sequence alignment editor, ARB program [25].

2.4. In-situ hybridization

The sample were fixed for 3 hr with 4% paraformaldehyde as described by Amann et al.
[26] and stored in a 1:1 mixture of phosphate-buffered saline (PBS, pH 7.4) and 96% ethanol
at —20°C. Cells were immobilized onto poly-L-lysine coated slides and dehydrated by
sequential washes in 50, 80, and 100% ethanol for 3 min, respectively. Hybridization and
washing procedures were carried out according to the protocol previous described [24].
Fluorescent hybridized cells were analyzed with a Zeiss Axioscop2 epifluorescence
microscope equipped with a cooled CCD camera (Quntax; Photometrics, USA). The
oligonucleotide probes and stringency used in this study were listed in Table 2.

3. RESULTS AND DISCUSSION

3.1. Microbial community structure based on 16S rDNA clone library

161 clones containing correct inserts of 16S rDNA were obtained from the clone library
construction and were further amplified with DGGE-PCR primer set. After screened based on
the electrophoresis position on a DGGE gel, these clones were subsequently classified into 34
different operational taxonomic units (OTUs) (i.e., different electrophoresis position). The 10
most abundance OTUs, which represented about 82.6% of total clones, were further
sequenced and compared with the available 16S rRNA sequences in GenBank. Table 3
indicates that these OTUs were separately affiliated with the a- (1 OTU, 7.5% of total clones)
and B- (5 OTUs, 49.7%) subdivisions of the division Proteobacteria, and Cytophaga (4 OTUs,
25.5%). The closest related sequence and the similarity of individual OTUs were also shown
in Table 3.

Those five OTUs (Tu7, Tu8, Tul, Tu37, and Tu81) obtained within the beta-Proteobacteria
were all affiliated within the -1 subdivision [33]. The exact phylogenetic placement of these
five OTUs was examined by constructing a phylogenetic tree as shown in Figure 1. This
phylogeny tree indicates that at least five known clusters as described by Snaidr et al. [34] are
affiliated within in the B-1 Proteobacteria. OTUs tul and tu8 could be successfully assigned
to cluster II (i.e., the genus Acidovorax) and the genus Hydrogenophaga, respectively. But,
the other three OTUs (34.1% of total clones) were found to form a new cluster with no known
bacterial isolates, and were relatively related to cluster L.

Recent studies supported delta-Proteobacteria as a major population in activated sludge
processes [12, 34-36]. The study of Snaidr and co-worker [34] further revealed that a large
fraction of clones found in a full-scale wastewater treatment plant was from the -1
Proteobacteria, but were associated within clusters I to V. However, little operational
information provided for the full-scale wastewater treatment plant has increased the difficulty
in the comparison of microbial community structure [34]. Furthermore, members of the -1
Proteobacteria that were found in this study were different from those previously obtained
from deteriorated EBPR processes. Bond et al. [36] recently reported that members within the
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B-Proteobacteria but other than pB-I and p-II subdivisions were predominant in a deteriorated
EBPR process fed with acetate. Furthermore, Nielsen et al. [24] reported that a novel group in
the y-Proteobacteria was dominant in a deteriorated EBPR process fed with acetate. The
difference in the predominant population among these studies was very encouraging. It is
clear that members of GAOs were composed by at least three populations from different
phylogenetic groups. The predominance of different GAO populations was possibly attributed
to the difference in operational conditions (e.g., continuous and sequential) and substrate
composition (e.g., acetate and fermented products) in different activated sludge processes.
Since the cluster represented by OTU tu7 was likely a novel cluster within the -1 subgroup,
its distribution and metabolic function in various EBPR processes warrants further study.

In addition, a significant fraction of clones was affiliated with Cytophaga. Table 3 indicates
that most of the OTUs were not closely related (<98% in sequence similarity) to any known
bacteria. Three OTUs (Tu72, Tu70 and Tu74) were affiliated with the genus Flavobacterium.
OTUs tu72 was affiliated with a filamentous bacterium, Haliscomenobacter hydrossis. Even
though, clones related to Cytophaga have been constantly found in activated sludge processes
(32, 35], the metabolic role of this microbial group in activated sludge was hardly understood.

3.2. In-situ hybridization of predominant populations

Cloning analysis revealed that microbial populations in the B-subdivision of the
Proteobacteria, Cytophagales division, and alpha subdivision of the proteobacteria were the
predominant ones. Thus, the predominance of these major phylogenetic groups in the
activated sludge was further verified using in-situ hybridization with 16S rRNA-targeted
oligonucleotide probes. These probes included ALF1b-a, BET42a, GAM42a, CF319a, and

Table 3. The phylogenic affiliation of the most abundant clones obtained in activated sludge.

Clone Length of Phylogenetic relationship Abundance
no. Sequence Species Phylogenetic % of of clones (%)
(bases) (source in genebank) ffiliation” Similarit
y
Tu7 1399 Activated sludge clone T70 B 95 26.6
Tu72 1377 Haliscomenobacter hydrossis Cytophagales 95 11.8
Tu8 1390 Hydrogenophaga taeniospiralis B 98 8.7
Tu23 1006 Activated sludge clone MK09 Cytophagales 88 8.1
Tu27 1337 Acidosphaera rubifaciens @ 93 7.5
Tul 1383 Activated sludge isolate rJ12 B 99 6.9
Tu3d7 1379 Activated sludge clone T41 B 98 5.6
Tu70 1387 Activated sludge clone 49511 Cytophagales 97 3.7
Tu74 1378 Flavobacterium aquatile Cytophagales 94 1.9
Tusl 1379 Activated sludge clone T41 B 98 1.9
Other 20 species which the clones number were less than 2 (total 28clones) 16.1
Total 100

*B3, beta-subdivision of Proteobacteria; a, alpha-subdivision of Proteobacteria.
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HGC69a that were specific for a-, B-, and y-subdivisions of the division Proteobacteria,
Cytophaga, and the gram-positive with high G+C DNA content bacterial group, respectively.
As Figure 2 shown, the B-subdivision of the division Proteobacteria dominated at least 80%
of the bacterial population, followed by a-Proteobacteria. Figure 3 further indicates that
probe BET42a strongly hybridized with coccoid or tetrad cells (panels A and B) that usually
formed dense flocs in the sludge sample (panel C). Especially, the tetrad cells were often
observed to be the predominant populations in EBPR processes during deterioration [8]. In
this study, PHB staining [37] performed on the sludge sample further showed positive
response with the clustered cells including the tetrad cells (data not shown).

clone T20
clone T22
Acidovorax facilis
Acidovorax delafieldii
Acidovorax temperans
sludge clone tul I
str.tM4
Aquabacterium sp. B3
cloneT33
Aquaspirillum metamorphum
Acidovorax avenae subsp. citrulli
Acidovorax sp. IMI 357678 — |
str. rM12
Comamonas terrigena
str. rAl v
Comamonas testosteroni
clone T60
Rhodoferax fermentans
Rhodoferax antarcticus I
clone T3
Variovorax paradoxus  ————
unidentified bacterium (AJ0013283—
clone T19
clone T25 I
cloneT71
clone T83
cloneT47
sludge clone tu81
sludge clone tu3?7
sludge clone tu7
sludge clone tu8
Hydrogenophaga palleroni
‘ Hydrogenophaga spec. —— 1
| Leptothrix discophora
Zoogloea ramigera ATCC 19544

010

Figure 1. Phylogenetic tree showing the relationship of the obtained sludge 16S rDNA clones
and their closest relatives among the -1 group members of Proteobacteria. The distant matrix
tree was constructed using the neighbor-joining algorithm with bootstrapping (100 times).
Those clusters numbered were the same as described by Snaidr et al. [34]. The bar scale
indicates 10 nucleotide substitutions per 100 nucleotides.
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Figure 2. The community abundance as determined by cloning analysis (a) and in situ
hybridization (b). Alpha-Pb., Beta-Pb., and Gamma-Pb., the a, B, and y-subclass of

Preteobacteria; Beta-1-Pb., the (-1 subdivision of Preteobacteria; Cytophagales,
Cytophagales class.

Figure 3. The microbial community of the deteriorated EBPR process as revealed by in-situ
hybridization with different oligonucleotide probes. Panels (a) and (b) show the
predominance of clustered tetrad cells under phase-contrast observation and in-situ
hybridized with BET42a, respectively. Panel (c¢) shows the combined in-situ hybridization
of activated sludge with cy5-labled BET42a (green) and cy3-labled EUB338 (red) probes.
Cells simultaneously hybridized with two probes were shown in yellow. Panel (d) shows

the combined in-situ hybridization with cyS-labeled BONE23a (red) and cy3-labled
EUB338 (green) probes.
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Probes BONE23a and LDI23a were further used to determine the distribution of microbial
populations within the B-I subdivision of Proteobacteria. Results (Figure 2) indicate that a
major fraction of cells within the B-subdivision was hybridized by these two probes. One of
the cells hybridized by probe BONE23a was a coccoid cell, which was usually present inside
microbial clusters. Probe LDI23a that mainly targeted the genus Leptothrix only hybridized
with a relative small fraction of cells.Cells in B-Proteobacteria but not detected by BONE23a
suggested the presence of microbial populations other than B-I subdivision in the activated
sludge. This result supported the finding of the cloning analysis that microbial populations
associated within B-I subdivision were the predominant population.

In-situ hybridization of activated sludge with the a-Proteobacteria probe (ALF1b-a) only
detected a small fraction of cells (data not shown). This result was allied with the cloning
analysis. No hybridization signals were observed with probes HGC69a and CF319a in the in-
situ hybridization. Especially, clones related to the Cytophaga accounted for at least 25.5% of
total clones, and their sequences were complementary to probe CF319a. One possible reason
led to the overestimation of the Cytophaga population in the cloning analysis was associated
with biases occurring in the steps of DNA extraction, PCR amplification and cloning [34].

In summary, the microbial community of a non-phosphate removing anaerobic-aerobic
bioreactor fed with fermented products was predominant by microbial populations associated
with the B-I subgroup of the Proteobacteria (57.2%) and Cytophagales (25.5%). In particular,
a novel bacterial cluster that was closely related to the genus Hydrogenophaga was the
predominant population. It was known that the phylogenetic information does not reflect the
physiological status of a microbial population in microbial ecosystems. Hence, the methods
used in this study was insufficient to verify that the microbial population, especially the novel
cluster group in the B-I subgroup, was responsible for the metabolism observed in the process.
In our further experiment, a simple approach that combine the PHB stain with in-situ
hybridization will be used to link functional traits to a phylogenetic population in the
deteriorated EBPR sludge. Another promising approach will be the combination of
microautoradiography and in-situ hybridization [38].
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Microbial aspects of autotrophic denitrification of wastewaters’
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Pokfulam Road, Hong Kong, China
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For wastewaters with a low BODy/N ratio, autotrophic denitrification using Thiobacillus
denitrificans is an interesting alternative to heterotrophic denitrification. In this paper,
investigations on the application of autotrophic denitrification in elemental sulphur packed
bed reactors to nitrified leachate, secondary effluent, and flue gas desulphurisation
wastewater are summarised. Special emphasis is given to the effect of environmental and
operational variables on microbial activity.

1. INTRODUCTION

Biological nutrient removal has become an integrated part of modern wastewater treatment.
For wastewaters with a low BOD,/N ratio, autotrophic denitrification using Thiobacillus
denitrificans is an interesting alternative to heterotrophic denitrification. This autotrophic
bacteria oxidises reduced sulphur compounds such as elemental sulphur or thiosulphate to
sulphate while reducing nitrate to elemental nitrogen gas, thereby eliminating the need for
addition of organic carbon sources. The stoichiometric reaction of autotrophic denitrification
using elemental sulphur can be represented by the following equation [1]:

Thiobacillus denitrificans
NO, +1.10 S + 0.40 CO, + 0.76 H,0 + 0.08 NH, >
0.5N,+1.10 SO* + 1.28 H" + 0.08 C,H,O,N 1)

Contrary to heterotrophic denitrification, autotrophic denitrification consumes alkalinity and,
in addition, generates high concentrations of sulphate. Fortunately, this does not pose an undue
problem in coastal areas such as Hong Kong where wastewater can be discharged directly to the
sea, which has a natural sulphate concentration of 2,700 mg/l.

* This research was supported by grants from the Hong Kong Research Grants Council and the University of
Hong Kong Committee on Research and Conference Grants. The authors also wish to thank Far East Landfill
Technologies Ltd., the Drainage Services Department of the Hong Kong SAR, and Hong Kong Electric Co. Ltd.
for providing wastewater.
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Autotrophic denitrification has been extensively investigated to remove nitrate from polluted
groundwater (e.g. Kruithof et al., 1988[2]; Gayle e al., 1989[3]; Hiscock et al., 1991[4}; Kapoor
and Viraraghavan, 1997[5]). However, little research has been conducted on autotrophic
denitrification of raw or pre-treated wastewater with low BODy/N ratios, nor on the effect of
major operational and environmental variables on it. Septic effluent, nitrified leachate, ion
exchange resin eluates, and a few synthetic wastewaters have been studied, but in most cases
thiosulphate was used as the reduced sulphur source [6-9].

In this paper, some applications of autotrophic fixed-film denitrification using elemental
sulphur are summarised, with special emphasis given to the effect of environmental and
operational variables on microbial activity. Wastewaters investigated included nitrified
leachate, secondary effluent, and flue gas desulphurisation (FGD) wastewater.

2. MATERIALS AND METHODS

2.1. Experimental apparatus

Three identical packed bed reactors were used to carry out fixed-film denitrification of
nitrified landfill leachate. They had an inside diameter of 84 mm and were packed with small
elemental sulphur particles to a height of 1650 mm. Three sulphur particle size ranges were
employed, namely 2.8 to 5.6 mm, 5.6 to 11.2 mm, and 11.2 to 16 mm, respectively. The reactors
were fed continuously in the upflow mode by means of adjustable peristaltic pumps. All
experiments were conducted at ambient temperature of approximately 25 °C. In the case of
secondary effluent, the sulphur packing height was reduced to 390 mm because of the relatively
low nitrate concentration, and only the small sulphur particle size of 2.8 to 5.6 mm was used. A
schematic diagram of the continuous flow packed bed reactor system is shown on Figure 1.

For the determination of the effect of environmental variables or potentially inhibiting
substances, especially in connection with the feasibility study on autotrophic denitrification
of FGD wastewater, standardised batch tests were employed whereby 250 mL flasks
containing given quantities of sulphur particles and microbial population were incubated
under controlled conditions.

2.2. Experimental program
The preparation and enrichment of Thiobacillus denitrificans cultures has been described

Figure 1. Schematic diagram of continuous flow packed bed reactor system
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previously [10]. After sufficient development, the enriched cultures were introduced into the
packed bed reactors for attachment to the sulphur particles and formation of a biofilm. A series
of tests were carried out whereby the hydraulic retention time was gradually decreased until the
reactors became overloaded, resulting in a drastic decrease of nitrate removal efficiency. Each
hydraulic retention time was maintained as long as was necessary to achieve steady-state
conditions. All reactors were sampled daily. Analyses were carried out for nitrate, nitrite, pH,
alkalinity and sulphate according to Standard Methods (1989)[11]. Additional parameters such
as more detailed wastewater constituents or gas production/composition were determined as
needed. In the standardised batch tests, the relevant parameters indicating microbial activity
were determined in thirty-minute intervals.

2.3. Source and characteristics of wastewater

Nitrified leachate was obtained from the leachate treatment works at the Hong Kong NENT
Strategic Landfill where leachate is biologically treated and fully nitrified in aerated lagoons.
Secondary effluent was obtained from the two government operated Sha Tin and Tai Po BNR
Sewage Treatment Works. The FGD wastewater originated from the FGD wastewater treatment
plant of a local electric power station. When required, the wastewaters were diluted with
tapwater to the desired NO,;-N concentration and an appropriate amount of NaHCO, was added
for provision of sufficient buffer capacity. For comparative studies, synthetic wastewater was
also prepared. It consisted of a solution of tap water containing approximately 30 mg/l KNO, (as
N), 500 mg/l NaHCO,, 1 mg/l K,HPO, (as P), 0.5 mg/l NH,Cl (as N), 0.5 mg/l MgCl,.6H,0 and
0.5 mg/l FeSO,.7H,0. For higher concentrations of NO,-N, the concentrations of KNO, and
NaHCO, were correspondingly increased. For tests on the effects of salinity, appropriate
amounts of NaCl or Na,SO, were added. The typical composition of the actual wastewaters used
for this research is shown in Table 1. Moderate to high salinity in all wastewaters is noticeable.

3. RESULTS AND DISCUSSION

3.1. Removal efficiencies and operational factors
Results on the feasibility of autotrophic denitrification for nitrified leachate and secondary
effluent have been published previously [10,12-14}. It could be demonstrated that Thiobacillus

Table 1
Typical composition of wastewaters used

Secondary effluent Nitrified FGD
Tai Po STW Sha Tin STW leachate  wastewater

COD mg/L 50 46 1153 35
BOD, mglL 33 33 12 <5
NH,-N  mg/L 04 32 5.1 n.d.
NO; N mglL 56 3.1 1665 330
NO, N mglL 0.06 12 1.1 nd.
PO-P mg/L 22 1.6 1.9 0.003
SO” mg/L 690 765 99 5500
Ccr mg/L 4680 4970 5300 13300
Alkalinity mg/L CaCO, 90 117 1058 1091
pH - 7.5 7.7 8.1 8.5

BOD,/NO,-N ratio 0.58 0.77 0.007 0
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denitrificans can effectively remove nitrate in sulphur packed beds from concentrations of up
to 800 mg/L. NO,-N to a concentration of less than 1 mg/L. The minimum retention time
required for complete denitrification depends on sulphur particle size and influent nitrate
concentration. For example, using a sulphur particle size of 2.8 to 5.6 mm, nitrified leachate
with 800 mg/L NO,-N required a minimum hydraulic retention time of 11.4 hours, while 5.7
hours were sufficient to completely denitrify 400 mg/L NO,;-N. Similarly, it could be shown
that for a given influent concentration the minimum retention time was inversely proportional
to the mean sulphur particle size. The shallow packed bed reactors for secondary effluents did
not perform as well as the deep packed bed reactors, possibly due to less than ideal flow
conditions in shallow beds. For example, using a sulphur particle size of 2.8 to 5.6 mm,
synthetic secondary effluent with 32 mg/L NO,-N required a minimum hydraulic retention
time of 4.0 hours. It should be noted, that in the above the hydraulic retention times are
expressed as bed pore volume divided by influent feed flow rate.

3.2. Effect of environmental and operational variables: temperature, pH, salinity,
nutrients, inhibiting substances, alkalinity

Figures 2 to 4 show the results of batch test studies on the effects of temperature, pH, and
salinity (expressed as osmotic pressure) on the autotrophic denitrification rate. It appears that
Thiobacillus denitrificans is quite sensitive to temperature, with 30 °C being the optimum.
The denitrification rate follows the well-known Arrhenius relationship up to a temperature of
30 °C. The activation energy E, was determined as 53.2 kJ/mole, which results in a Q,, value
of 2.05 indicating a nearly perfect doubling of the reaction rate for a 10 °C temperature
increase. Batchelor and Lawrence (1978)[1] reported an almost identical value of 54.4
kJ/mole for the activation energy, but did not determine the optimum temperature. The
highest rates of autotrophic denitrification were observed within the range of pH 7 to 8. For
growth of pure Thiobacillus denitrificans cultures using thiosulphate, comparable results with
an optimum temperature of 25 to 30 °C and an optimum pH of 6 to 8 were reported [15-17]. It
may be of interest to note that the effects of temperature and pH on heterotrophic
denitrification rates, which were established much earlier, exhibit similar patterns [18].
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Due to the high salinity of the wastewaters used in this research, the effect of salinity was
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carefully investigated. It is known that the osmotic pressure of dissolved salts or particles in a
solution affects the movement of substances across the cell membrane of bacteria and hence
their activity. Osmotic pressure is directly related to the molar concentration of dissolved
salts or particles and can be approximately calculated according to the van’t Hoff equation.
From Figure 4 it is apparent that denitrification rates start to decrease above an osmotic
pressure of about 19 atm, independent of the type of salt used. At the osmotic pressure of
seawater, equal to 26.9 atm for the 1.1 molar solution of anions and cations, the
denitrification rate is reduced to about 70% of the maximum rate. Glass and Silverstein
(1999)[19] surveyed the literature on heterotrophic denitrification under highly saline
conditions and found no consensus, but several studies indicated successful denitrification at
30 g/L NaCl

Nutrient absence or deficiency may depress the denitrification rate. Figure 5 demonstrates
the effect of phosphate addition on the autotrophic denitrification of FGD wastewater.
Addition of phosphate (as K,HPO,) in this case is quite difficult, since the high calcium
content of 2600 mg/L. in FGD wastewater leads almost immediately to a precipitation of
calcium phosphate. The calcium had therefore to be removed by use of sodium carbonate;
alternatively, addition of polyphosphate (NaPO,), was able to prevent precipitation, but its
metabolic availability to the bacteria was not known. Fortunately, both methods produced
satisfactory results.

No information on the effect of inhibitory substances on autotrophic denitrification could
be found in the literature. The unusually high concentration of boron in FGD wastewater
caused concern about a possible inhibitory effect. However, such effect was manifested only
above concentrations of 500 mg/L, which are rarely found in wastewaters.

Equation (1) predicts that for each mg NO,-N removed about 4.5 mg alkalinity (as CaCO,)
is consumed. For high nitrate concentrations, the associated high consumption of alkalinity in
the wastewater could result in a dramatic pH drop when buffer capacity is insufficient. The
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secondary effluents used in this study provided more alkalinity than required. For nitrified
leachate, some alkalinity in the form of NaHCO; had to be supplemented; alternatively, addition
of limestone granules to the packed sulphur bed prevented a pH drop below 6.5. However, in the
batch tests with FGD wastewater, serious problems were encountered to raise the alkalinity
since addition of NaHCO, caused precipitation of CaCO, because of the high calcium content in
the wastewater. Prior to NaHCO, addition, the calcium had therefore to be removed by
precipitation with sodiunt carbonate. It remains to be seen whether limestone addition in the
packed bed reactors will eliminate the alkalinity problem and avoid the need for physical-
chemical pretreatment of FGD wastewater to remove calcium. Since heterotrophic
denitrification is known to generate alkalinity, simultaneous heterotrophic and autotrophic
denitrification has been proposed to maintain alkalinity [7,8]. However, more than 56% of
NO,-N should be denitrified by heterotrophic denitrification using methanol addition to
eliminate the need for alkalinity addition.

Buildup and fouling of biomass may be encountered in packed bed reactors. No such
problems were observed when the influent was nitrified leachate or synthetic wastewater.
However, the outflow of the secondary effluent emitted a noticeable H,S odour after several
weeks of operation. Sulphide concentrations between 0.3 and 2.2 mg/L (as S?) confirmed the
existence of less than ideal anoxic conditions in the reactor. Possible causes for biofouling
were the presence of SS and COD in the secondary effluent, which could have led to
additional microbial growth and partly anaerobic conditions due to degradation. More
frequent backwashing and application of ORP control may be required to avoid biofouling,
since ORP values below —200 mv have been associated with the completion of denitrification
and onset of anaerobic conditions as indicated by sulphide formation (Charpentier et al.,
1998)[20]. Similar differences in biofouling were reported for autotrophic denitrification of
real and synthetic groundwater (Flere and Zhang, 1999)[21].

3.3. Microbial kinetics

It could be demonstrated [22] that autotrophic denitrification in sulphur packed bed
reactors follows a half order reaction according to biofilm theory, first proposed by
Harremoes (1976)[23] for heterotrophic packed bed denitrification:

C/'2=C)* Ykt 2

where C, = influent concentration, in mg/L NO;-N; C, = effluent concentration, in mg/L
NO,-N; t = empty bed residence time, in hours; and, k,,, = half-order reaction rate constant
per unit reactor volume, in mg"*/L"2.h. This equation can also be used to estimate the nitrate
profiles in the packed bed reactor, when t is taken as the empty bed residence time in the
reactor up to a given height. It could be further shown that the half-order reaction rate
constant k, ,, depends on the specific surface area of the reactor media and hence the sulphur
particle size according to the following relationship:

K, = 0.04190 (3)
where ® = specific surface area of the reactor media, i.e. of the sulphur particles, per unit

reactor volume, in dm*dm’. The constant 0.0419, in mg"?/dm"?.h, corresponds to k;,,, which
is the half-order reaction rate constant per unit biofilm area. Compared to heterotrophic
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denitrification, the half-order reaction rate constant k,,, for autotrophic denitrification was
found to be lower by approximately one order of magnitude.

The maximum specific denitrification rate was found to be about 0.15 g NO,-N/g VSS.d at
25 °C, comparable to values of 0.1 and 0.2 g NO;-N/g VSS.d estimated from the data of
Batchelor and Lawrence (1978)[1] in a suspended growth system. These values are again
approximately one order of magnitude lower than those reported for heterotrophic
denitrification of wastewater, which amount to approximately 2.65 g NO,-N/g VSS.d based
on kinetic coefficients reported by Henze et al. (1997)[24]. However, when using
thiosulphate instead of elemental sulphur as electron donor, the maximum specific
denitrification rates of pure Thiobacillus denitrificans cultures in chemostats were estimated
as 4.23 and 8.40 g NO,-N/g VSS.d, respectively [15,17], comparable to 4.41 g NO,-N/g
VSS.d for heterotrophic denitrification using methanol as electron donor [24]. The exact
reason for the low denitrification rate when using elemental sulphur was not determined, but
it is known that the energy yield in autotrophic denitrification when using elemental sulphur
or thiosulphate is almost the same at 91.15 and 92.97 kJ/electron equivalent, respectively [25].
Besides, for heterotrophic denitrification using methanol, the energy yield is only slightly
higher at 109.18 kJ/electron equivalent. It appears therefore likely, that the limiting factor for
the denitrification rate when using elemental sulphur is the slow dissolution and transport of
elemental sulphur in the biofilm, and not any intrinsically lower energy yield or reaction rate
for the autotrophic denitrification reaction.

An interesting phenomenon observed was the formation of deep holes on the surface of
the sulphur granules after a long period of operation (Figure 6). Since the sulphur particles
serve not only as media for attached growth, but also as the source of energy, this growth
pattern of Thiobacillus denitrificans seems to increase the specific surface area for
maximisation of sulphur dissolution and hence the denitrification rate of the bacteria. The
mechanism for the hole formation is not clear. Conventional biofilm theory does not consider
this phenomenon and assumes uniform biofilm thickness as well as biologically inert media.

3.4. Metabolic pathway

No information on the specific metabolic pathway of autotrophic denitrification by
Thiobacillus denitrificans could be found in the literature. It was observed that for complete
denitrification practically all the NO,-N was converted to elemental nitrogen gas N,, with no
intermediate products detected. However, when the reactors became overloaded, NO,-N
rapidly built up in the effluent, while nitrous oxide gas N,O was found in the waste gas.
However, N,O-N in the waste gas never exceeded 0.8% of the influent NO,-N, which is quite
low in comparison to the other forms of nitrogenous products, namely N, and NO,.
Autotrophic denitrification by Thiobacillus denitrificans seems therefore to proceed in a
similar manner as heterotrophic denitrification according to the following enzymatically
mediated steps: NO, = NO, = NO > N,0 > N,. The rate limiting steps are most likely
NO, 2 N,0 and N,0 - N, which would explain the accumulation of NO, and N,0.

Besides N,, the waste gas sometimes contained unexpectedly high concentrations of CO,.
The reason for this was purely physico-chemical, as it could be shown that the CO,
concentration in the waste gas is in equilibrium with the pH and alkalinity of the denitrified
effluent according to Henry’s Law. This is analogous to the CO, concentration in the digester
gas being in equilibrium with the pH and alkalinity of the supernatant.
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3.5. Stoichiometric relationships

The following equation corresponds most closely to the experimentally found stoichiometric
relationships between NO,-N removed, alkalinity consumed, and nitrogen gas and sulphate
formed:

Thiobacillus denitrificans
1.06 NO, + 1.11 S+ 0.30 CO, + 0.785 H,0O >
0.5N,+ 1.11 SO + 1.16 H' + 0.06 C;H,O,N @

The results obtained compare well with the findings of Batchelor and Lawrence (1978)
although they used a suspended growth system instead of packed bed reactors. According to
Equation (1), nitrogen in the form of ammonia is required for microbial synthesis, amounting to
8% by mass of the nitrate nitrogen to be denitrified. However, after a suitable period of
adaptation, the packed bed reactors functioned quite well without supplementary addition of
ammonia nitrogen. This would suggest that ammonia nitrogen is not a metabolic requirement for
Thiobacillus denitrificans, which would be of advantage in the autotrophic denitrification of
nitrate containing wastewaters devoid of ammonia. Furthermore, as stated before, it could be
demonstrated that orthophosphate could be substituted by polyphosphate.

3.6. Microbial community analysis
Figure 7 shows the scanning electron micrograph of the bacteria clinging to the surface of
the sulphur particles. The bacteria are short rods of fairly uniform size and shape with a polar

flagellum. Morphologically, they appear to belong to a single species and closely match the
description given for Thiobacillus denitrificans [26].

Figure 6. Effect of growth of Thiobacillus Figure 7. Scanning electron micrograph of
denitrificans on the surface of sulphur bacteria growing on the surface of sulphur
particles (11.2-16mm) particle
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3.7. Engineering significance

Autotrophic denitrification of nitrate containing wastewater in sulphur packed beds reactors
appears to be an interesting alternative to the heterotrophic denitrification process. It avoids the
nagging problem of exactly matching the methanol dosage to varying nitrate concentrations and
thus can greatly contribute to more effective and reliable nitrate removal. However, the
successful large-scale development of this process still requires further technically demonstrable
improvements. Examples of these are: (i) higher volumetric denitrification rates; (ii) deep bed
filters or dynamic filters with smaller sulphur particles (1-2 mm diameter) for denitrification of
secondary effluents; (iii) application of filter back wash for process control; (iv) development of
reliable kinetic prediction model for combined sulphur-limestone packed bed reactors for
pH/alkalinity control; (v) control of potential fouling problems using ORP; and (vi) ability to
absorb fluctuations in concentrations and shock loads. The apparently low denitrification rates in
the autotrophic process when using elemental sulphur may not constitute the limiting factor in
the application of this process, since economic aspects, achievable effluent quality, process
reliability and stability, ease of operation, etc. also play a very important role in process selection.

4. CONCLUSIONS

Based on the investigations carried out, the following conclusions are drawn:

1. Autotrophic denitrification in sulphur packed bed reactors using Thiobacillus
denitrificans can effectively remove nitrate from industrial wastewaters and secondary
effluent at concentrations up to 800 mg/L NO,-N. The minimum retention time necessary
for complete denitrification depends on sulphur particle size and influent nitrate
concentration.

2. Autotrophic denitrification in sulphur packed bed reactors can be described by a half -
order reaction rate model for biofilms. The kinetic rate constants for autotrophic
denitrification appear to be lower than for heterotrophic denitrification, probably due to
slow sulphur dissolution rates.

3. Autotrophic denitrification appears to proceed according to the same metabolic pathway
as heterotrophic denitrification, with the rate controlling steps being NO, >N,O and
N,O->N,,. :

4. Thiobacillus denitrificans exhibits high salt tolerance, but is sensitive to temperature and
pH.

5. The microbial community consists mainly of Thiobacillus denitrificans according to
microscopic observation.

6. The attached growth of Thiobacillus denitrificans leads to the formation of microbially
induced holes on the surface of the sulphur particles, contrary to conventional biofilm
theory, which assumes uniform biofilm thickness.

7. The observed stoichiometric relationships compare well with theory, but nitrate can
substitute for ammonia as a metabolic nitrogen requirement, and polyphosphate can be
used instead of orthophosphate.
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§4 Waste Sludge Minimization and Materials Recovery

The treatment of waste sludge, which occurs as the result of biological wastewater
treatment, is costful and laborious. In this chapter, some topics related with waste sludge
reduction and material recovery from wastewater are described.

When we think about the reduction of cost for sludge treatment, waste sludge
minimization technologies are very attractive. Different waste sludge minimization metods
have been reported so far, for example, ozonation, thermal treatment, and membrane
separation. Here, Yamamoto reviews studies on membrane separation activated sludge
processes for the minimization of waste sludge reduction.

In waste sludge minimization, organic materials in influent wastewater is mainly
converted to carbon dioxide. On the other hand, another way of thinking is to utilize organic
materials in influent wastewater by some means. For example, waste sludge has long been
used for the production of methane gas as fuel. But here, recent trials on the conversion of
organic materials in wastewater into biodegradable plastic are reported by van Loosdrecht ez
al. and Satoh et al.. Nakajima er al. are working on the conversion of organic materials in
wastewater to single cell protein and PHA by using photosynthetic microorganisms.

In all of these studies, it is thought that the detailed understanding on microbial
community structure is essential to achieve the best process performances.
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Membrane bioreactor: an advanced wastewater treatment/reclamation
technology and its function in excess-sludge minimization

K. Yamamoto

Environmental Science Center, The University of Tokyo, 7-3-1 Hongo, Bunkyo-ku,Tokyo
113-0033, Japan

This paper, first, summarizes performance of membrane bioreactor that is applied to
advanced wastewater treatment or reclamation from the viewpoint of a unique hybrid-system.
Excess-sludge minimization is then discussed, because one of the most prominent advantages
of the membrane bioreactor processes is that the processes are potentially capable . of
achieving zero-emission in terms of solid waste from them.

1. MEMEBRANE BIOREACTOR -A HYBRID ADVANCED TREATMENT SYSTEM

1.1 Introduction

Water-associated environmental problems people concern about are rapidly expanding in
various aspects; e.g., eutrophication and associated odor/taste or endotoxin problems in
drinking water, nitrate contamination in groundwater, disinfection byproduct and its
precursors, natural and artificial heavy metal pollution, and micropollutants such as
carcinogenic and mutagenic compounds, volatile organic compounds, persistent organic
pollutants, endocrine disrupters, and so on, in addition to the traditional water pollution
caused by organic matters. Cryptosporidium oocyst contamination in water supply gives
review on hygienically safety for drinking water. Ecological health is also becoming into
consideration as well as human health and beneficial uses of waters. It is rather difficult to
give a sufficient technological-solution to the arising problems mentioned above by
traditional water and wastewater treatment technologies. Needs for advanced treatment,
therefore, are increasing in order to especially control micropollutants in water and
wastewater.

Furthermore, there is a need for a comprehensive water shed management, emphasizing
sustainable water resources development, rational and effective use of water, and promotion
of reclaimed water reuse. Direct and indirect wastewater reuse is considered as stable water
resources for various beneficial uses of water and for landscape irrigation to restore pleasant
water environment. From this viewpoint, advanced treatment must be considered in
accordance with various beneficial reuse purposes as well as the aspect of human and
environmental health. This is especially important when the treated wastewater is aimed to
use for the rehabilitation of urban creak and creation of water environment along it.

Membrane technology is considered as one of the innovative and advanced technologies
which rationally and effectively satisfies the above mentioned needs in water and wastewater
treatment and reuse.
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1.2. Membrane bioreactor as a hybrid system

Membrane technology in combination with biological treatment is reasonably applied to
organic wastewaters, a large part of which is biodegradable. The activated sludge process,
which is the most typical suspended-growth biological treatment process, normally achieves
solid-liquid separation through gravity sedimentation. MSAS (Membrane Separation
Activated Sludge Process), a type of membrane bioreactor, is the name given to activated
sludge processes in which solid-liquid separation is fulfilled by membrane separation. The
membrane separation is usually carried out by means of ultrafiltration (UF) or microfiltration
(MF), which do not cause the inhibitive accumulation of salts against microorganisms.

Because membrane separation replaces gravity sedimentation in most cases of recent
membrane application to wastewater treatment, it never becomes energy efficient as a unit
process of solid liquid separation. Without consideration of needs for advanced or high-
performance treatment, it is rather difficult to find space for such a membrane application.
We should note that membrane separation is the technology applicable to wastewater reuse as
well as treatment.

It is possible, in principle, to achieve any quality of reclaimed wastewater by using only
membrane technology because a variety of membrane is available in accordance with the
required water quality. However, it is not treatment but just separation, if the concentrate is
not being treated. Anyway, wastewater must be treated; therefore, a hybrid membrane system
is practically used in combination with biological and/or other physico-chemical treatment
processes in most cases.

A hybrid membrane system, MSAS gives a number of advantages through combination with
membrane separation from the viewpoint of biological treatment as follows:

1) Since suspended solids are totally eliminated through membrane separation, the
settleability of the sludge has absolutely no effect on the quality of the treated water.

2) A long sludge retention time (SRT) can facilitate the proliferation of microorganisms with
low growth rate: e.g. nitrifying bacteria[1], higher tropic level maicroorganisms like protozoa
and metazoa[2], and so on. It can also minimize sludge production, or sludge mineralization
is possible in other words. The role of predators is important in reduction of sludge also[3].
3) The overall performance in biological treatability can be raised, since it is possible to
maintain high microbial concentrations in bioreactors while keeping the microorganisms
dispersed in a relatively small floc-size [4].

4) High concentrations of the sludges create a favorable environment for "endogenous”
denitrification, thereby ensuring the efficient removal of nitrogen[5,6].

5) Treatment efficiency is also improved in the sense that it is possible to retain
undecomposed polymer substances until their degradation[7].

6) Membrane itself and/or dynamic membrane effect mainly due to cake/gel formation can
achieve a high enough removal of bacteria and viruses, although membranes are not complete
barriers for them [8,9].

From the perspective of membrane separation, the possible advantages of the combination
with biological treatment include the followings.

1) Dissolved organic substances with low molecular weights, which cannot be eliminated by
membrane separation alone, can be taken up, broken down and gasified by microorganisms or
converted into polymers as constituents of bacterial cells, thereby raising the quality of treated
water.

2) Polymer substances retained by the membranes can be broken down if they are still
biodegradable, which means that there will be no endless accumulation of the substances
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within the treatment process. This, however, requires the balance between the production
and degradation rates. A high organic loading might give a higher production rate of
intermediate polymer metabolites than that of the degradation, resulting in their accumulation.
The accumulation of intermediate metabolites may decrease the microbial activities in the
reactor [10].

Table 1 summarizes the expected performance of MBR for wastewater treatment.

As summarized above, the membrane bioreactor gains multiple merit by its hybrid nature.
Furthermore, we can expect that the suspended-solid free effluent gives another advantage to
a post-treatment (such as activated carbon adsorption, UV irradiation and so on), if it is
considered. The function of membrane separation in the hybrid system is, anyway, more than
solid-liquid separation.

1.3. Performance of MSAS

As mentioned above, MSAS normally leads to operation with high concentration of
activated sludges, which can easily absorb shock loadings and give very stable treatability.
The performance of MSAS may be affected by irreversible changes in the membranes
themselves, or by the fouling of membrane interiors or surfaces. The permeability tends to
mainly due to the formation of cake/gel layers. The actual rejection of ultrafiltration and
microfiltration membranes is often similar [7] since the cake/gel layers formed control the
separation.

Table 1
Expected performance of MBR for wastewater treatment
Expected Performance
Suspended Solids Complete removal
No influence of sludge settleability on effluent quality
Removal of particle-bound micropollutants ‘
Virus, Bacteria, Reliable removal by size exclusion, retention by dynamic
Protozoa membrane, a high removal along with SS retention
Nitrogen Stable nitrification due to high retention of nitrifying bacteria
Low temperature nitrification is attained
A high effectiveness factor in terms of nitrification due to relatively
small size floc
Endogenous denitrification is highly expected due to high
concentration of biomass
Sludge stabilization Minimize excess sludge production due to long SRT
Sludge treatment is possible together with wastewater treatment
Use of higher tropic level of organism is expected to control sludge
Degradation of Selective growth of specific microorganisms is expected for
hazardous substances hardly degradable hazardous substances

Almost pure culture system is easily operated
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When sludge concentration exceeds a certain limit, the permeation flux rapidly decline due
to a dramatic rise in viscosity of the sludge mixture. The limit for the filtration of the activated
sludge concentration is 30,000-40,000 mg/L [11,12]. Most practical applications are operated
at less than 20,000mg/L. A guideline value of 10,000 —20,000 mg/L is recommended for
submerged MSAS for on-site domestic wastewater treatment [13]. The correlation between
sludge concentration and permeate flux is not clear when the sludge concentration is below
the threshold one. The colloidal or soluble substances, which cannot be measured in terms
of sludge concentration within the sludge mixture, would become more important.

Unlike the filtration of pure water, there is no guarantee that there will be linear relationship
between operating pressure and permeate flux. An increase in pressure sometimes causes a
decline in the permeate flux, and it is probably due to the compaction of the cake layer.
Control of the cake layer plays an important role in the reduction of fouling, since the cake
layer on the surface of the membrane dominates the filtration. One well-known approach is
to improve the scouring effect by increasing the tangential flow velocity, but this method has
the drawback of increasing energy consumption. Critical flux concept is another approach to
control the fouling [14,15,16]. The critical flux is ideally defined as the flux below which no
fouling takes place. It is also important to reduce compaction of the cake layer. Low-
pressure filtration and intermittent filtration, therefore, appear to offer an effective means of
achieving this.

1.4. Submerged MSAS for domestic and industrial wastewater treatment and
reclamation

A new generation of MSAS is the submerged type where membrane modules are directly
immersed in an aeration tank. This aims to significantly reduce the energy consumption by
eliminating a big circulation pump typically installed in a conventional MSAS [4].

For submerged MSAS, hollow-fiber and plate and flame type modules in microfiltration
range have been used in most cases. A number of applications is increasing in industrial
wastewater treatment, on-site domestic wastewater treatment (Jokaso), municipal wastewater
treatment, night soil treatment and so on [17,18,19, 20,21,22,23].

Aeration is supplied underneath the submerged modules, generating upflow inside the
module and preventing it from fatal fouling as well as oxygen supply for biological reaction.
In the case of hollow fiber, the aeration is also utilized to make oscillatory movement of the
fibers, which is considered effective for washing fibers and controlling of inter-fiber clogging.
The operation of submerged MSAS is characterized as relatively low pressure and low flux
operation, which is supported by a critical flux theory, in order to prolong the life of
membrane and to reduce the maintenance requirement that is especially important for small-
scale treatment plant operation. Intermittent filtration by a suction pump is practically
adopted in many submerged MSAS plants. A gravity head filtration is also applicable [13].

It would be easier to apply a submerged MSAS to retrofit of an outdated wastewater
treatment plant, where aeration tanks and sedimentation tanks could be utilized and improved
by only adding membrane modules in the tanks. The retrofit of municipal wastewater
treatment plant has been implemented by a submerged hollow fiber module system in Canada
[22].

It is noted that a compact submerged MSAS unit is considered promising in retrofit and
improvement of Japanese traditional household wastewater treatment system (old-type
Jokaso), which treats only toilet flush-water and untreated graywater has caused water
pollution problems in many water bodies in Japan. Improvement of the system achieving
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graywater-included treatment is urgently required, but space for additional treatment is rather
limited in such small land availability for typical individually owned house, to which a
compact submerged MSAS would help a lot. Furthermore, a high quality of membrane
effluent is potentially reused or infiltrated in an individual house-scale.

1.5. Membrane bioreactor perspective

Historically, UF membrane bioreactor first appeared in application to wastewater treatment,
then MF membrane bioreactor followed. As the main function of the membrane is to
separate solid particles from the treated wastewater, and UF and MF filtrates gave practically
same effluent water quality, there is no special reason to use tight UF as a solid-liquid
separation device of the bioreactor. Therefore, there will be a trend of the use of MF or lager
pore-size UF membrane, instead using tight UF membrane, in order to get a high filterability.

On the other hand, it is pointed out that the demands for advanced treatment in terms of
further removal of dissolved and small molecular-weight organic matters will certainly
increase in near future, then neither UF nor MF is not sufficient any more. A post-treatment
might be required to the membrane bioreactor effluent for that purpose. Nanofiltration (NF)
is one of the candidates of the post-treatment. It is also worthwhile to investigate a NF
membrane bioreactor where a NF membrane with a low salt-retention but with a high
retention in terms of organic matters must be considered.

2. EXCESS-SLUDGE MINIMIZATION IN MEMBRANE BIOREACTOR

As already mentioned above, a long SRT with which a typical membrane bioreactor is
operated can minimize excess-sludge production. This is not special at all; any process that
achieves long SRT should give similar results. It is noted that, however, a membrane
bioreactor easily satisfies a long SRT condition even at a high organic loading without
deteriorating the effluent quality nor losing the sludge simply because of membrane
separation, by which a high sludge concentration is always maintained. This seems very
difficult to be obtained by conventional activated sludge processes utilizing gravity settling
for solid-liquid separation.

2.1 Theoretical aspects (fundamentals)
Assuming growth yield and endogenous decay coefficient are constant, a traditional steady-
state kinetics gives an estimation of observed yield:

6X Y
Yob= = (1)
68S 1 +b*SRT

where, Yobs: observed yield that is definedby 0X/0 S
0 X/ 8 S: the ratio of excess biological-mass (sludge)
removed to organic substrate removed
SRT: sludge retention time, d
b: overall endogenous decay coefficient, d'!
Y: growth yield of heterotrophic microorganisms
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The value of Y in membrane bioreactors has been reported about 0.6 [12,24]. The typical
value of b has been reported about 0.05 d' [3]. Using these values, we can easily draw the
relationship between Yobs and SRT, as shown in Figure 1.

Although the above relation is too simple to cover the complicated phenomena that must be
actually happen in the membrane bioreactor, we can clearly understand that we need a very
long SRT probably of greater than 500 days, by which we can achieve nearly zero excess-
sludge production.

2.2 Enhancement of sludge mineralization
Considering the case of a very long SRT and assuming 100% removal of substrate, we can
obtain an approximate equation:

FM=b/Y or X=YLb= L/AF/M) 2)

Where, F/M: food-microorganism ratio, kg/(kg d)
X: Biological mass concentration, kg/m’
L: Volumetric organic loading, kg/(m® d)

Typically, the order of magnitude of b is one tenth of that of Y, F/M must be in the order of
magnitude of 0.1 d"'. The reported values of F/M obtained in membrane bioreactors vary from
0.05 to 0.24 d' [5,11,12,24,25]. Suppose L is given as 2 kg/(m® d), X varies from 8300 mg/L
to 40,000 mg/L in accordance with the variation of F/M. As already mentioned, the MLSS
is recommended not exceed 20,000 mg/L [13]. Therefore, it is very important to control the
F/M, in other words, b/Y. The growth yield, Y, must not be varied much, then overall
endogenous decay coefficient, b, which is related to the sludge mineralization rate, is
primarily responsible to a significant change in F/M. The value of b must depend on various

Yobs

Figure 1. Illustrative example of relationship between Yobs and SRT. The curve line is
drawn by using Eq.(1) and the solid circles are the experimental data obtained in membrane
bioreactor, which are adopted from the references[5,12,21].
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factors, such as dissolved oxygen concentration, pH, temperature, and others, or the stresses
caused by change in environmental conditions. Moreover, the spices structure of microbial
ecosystem in the membrane bioreactor must also affect b.

Zhang[3] pointed out the role of predators in the sludge mineralization and showed a
simulated result that 40% reduction of X could be achieved by the contribution of predators,
by formulating and using an ecological system model of prey-predator relationships among
bacteria, protozoa and metazoa.

However, the predators sometimes fluctuate a lot [2] or even the case was reported that no
predator was observed [25]. Luxmy et al.[26] suggested that the fluctuation of predator
population was affected by the availability of dispersed bacteria in the bioreactor(Figure2). It
is still unclear which condition gives a stable growth of predators that contributes a significant
sludge mineralization.

There is still a lot of space for detailed investigation on that.

3. SUMMARY

Membrane technology in combination with biological treatment is reasonably applied to
organic wastewaters, a large part of which is biodegradable. It is possible, in principle, to
achieve any quality of reclaimed wastewater by using only membrane technology because a
variety of membrane is available in accordance with the required water quality. However, it
is not treatment but just separation, if the concentrate is not being treated. Anyway,
wastewater must be treated; therefore, a hybrid membrane system is practically used in
combination with biological and/or other physico-chemical treatment processes in most cases.
The membrane bioreactor gains multiple merit by its hybrid nature. Furthermore, we can
expect that the suspended-solid free effluent gives another advantage to a post-treatment (such
as activated carbon adsorption, UV irradiation and so on), if it is considered. The function of
membrane separation in the hybrid system is, anyway, more than solid-liquid separation.

A long SRT with which a typical membrane bioreactor is operated can minimize excess-
sludge production. This is not special at all; any process that achieves long SRT should give
similar results. It is noted that, however, a membrane bioreactor easily satisfies a long SRT

10000 - R = 0.8899

per ml

1000 | | | |
2E+09 3E+09 4E+09 SE+09 6E+09

Number of predators

Total number of dispersed bacteria

Figure 2. Correlation between total predator number with total dispersed bacterial
population[2]
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condition even at a high organic loading without deteriorating the effluent quality nor losing
the sludge simply because of membrane separation, by which a high sludge concentration is
always maintained. This seems very difficult to be obtained by conventional activated
sludge processes utilizing gravity settling for solid-liquid separation. Although the
fundamental relation discussed here is too simple to cover the complicated phenomena that
must be actually happen in the membrane bioreactor, we can clearly understand that we need
a very long SRT probably of greater than 500 days, by which we can achieve nearly zero
excess-sludge production. It is very important to control the F/M, in other words, b/Y. The
growth yield, Y, must not be varied much, then overall endogenous decay coefficient, b,
which is related to the sludge mineralization rate, is primarily responsible to a significant
change in F/M. The value of b must depend on various factors, such as dissolved oxygen
concentration, pH, temperature, and others, or the stresses caused by change in environmental
conditions. Moreover, the spices structure of microbial ecosystem in the membrane bioreactor
must also affect b.
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In this contribution an overview of the conversion processes of the storage polymer poly-B-
hydroxyalkanoate is given. This polymer plays an essential role as intermediate in the
oxidation of soluble organic substrates in activated sludge cultures. The stoichiometry can
well be described based on a metabolic model. For the process kinetics there is some
indications on a possible kinetic description, however more research is needed before a
reliable description can be offered.

1. INTRODUCTION

Generally microbial conversion processes in activated sludge are described by uptake of
substrate followed by conversion of the substrate to biomass. The biomass itself is
subsequently used for endogenous respiration or decay. This is a highly simplified view,
mainly based on the fact that general microbial research is devoted to batch cultures or
continuous cultures. In nature these conditions probably hardly exist. Periods of substrate
availability are interchanged by periods of ‘starvation’. These conditions can be induced by
e.g. tidal flows, the light-dark cycles, or the variable influent composition and flow in a
wastewater treatment plant.

Wastewater treatment processes are widely used microbial ecosystems subjected to so-
called feast-famine regimes. For sequencing batch processes this is evident, but also
continuous operated systems are subject to feast-famine regimes. This is partly caused by the
non-continuous feeding to the process but also results from the fact that treatment processes
very seldom consist of well-mixed reactors. Many processes contain combinations of tanks or
have a plug flow character, resulting in only a small fraction of the sludge being in direct
contact with the influent-COD.

The traditional view of growth-starvation processes, as expressed in e.g. the general used
activated sludge model no 1 [1], is however too simplistic. Microorganisms tend to respond to
dynamic feeding patterns in much the same manner as higher organisms. During feast periods
(feeding periods) the food is partly accumulating as an intracellular storage polymer. When
there is no external supply of carbon or energy source (famine period) the stored polymer is
used for growth and cell maintenance processes [2]. These storage polymers can be
polyhydroxyalkanoates (PHA), lipids, or glycogen [3]. In activated sludge processes PHA can
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Figure 1. Examples of PHB accumulated in activated sludge.

be considered the dominant storage polymer (Figure 1). Only when significant amounts of
glucose are present also glycogen will be accumulated [4,5]. Due to rapid glucose conversion
in sewers this will however be rarely the case.

In wastewater treatment processes formation of storage polymers is involved in several
important processes:

Phosphate accumulating organisms (PAO). This is probably the most widely recognized
microbial process where storage polymers (PHB, Glycogen and polyphosphate) play an
essential role. The whole competitive advantage for these organisms is based on their
capacity to utilize the energy stored as poly-P to store exogenous substrate as PHB when
there is no external electron acceptor (oxygen or nitrate) available for energy generation
{61

Glycogen accumulating organisms (GAQO). These bacteria have recently been
recognized since they compete with the PAO [7]. Effectively these organisms rely on
substrates which can be fermented (e.g. glucose), while they store the fermentation
products inside the cell rather then excreting them. These organisms can also utilize
internal stored glycogen for fermentation to PHB. The energy released in the glycolysis
process is subsequently used to accumulate fermentation products (e.g. acetate) as PHB.
Both PAO and GAO proliferate in systems where regularly substrate is present, while at
the same time electron acceptors are absent.

Bulking sludge control. Traditionally competition between floc-forming and filamentous
organisms is based on the assumption that filamentous bacteria proliferate at low
substrate concentration in the reactor. Plug flow reactors (selectors) can prevent the
proliferation of filamentous bacteria. Already in the original papers of Chudoba et al.
(1973) [8] it is clear that a large fraction of the substrate is stored inside the cell after
which it is consumed during the remainder of the process. This has been studied by Van
den Eijnde et al. (1984) [9].

Return Activated Sludge Processes (RAS). Several authors (e.g. Ulrich and Smith 1951
[10]) have observed that with a relative short hydraulic retention time the COD is
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already removed from the liquid phase, however a long ‘endogenous’ phase is needed in
order to maintain in the long run a good treatment capacity. It is suggested in order to
save space to separate the sludge and effluent at the moment the soluble COD is taken
up by the sludge, and provides an extra aeration tank for the ‘endogenous’ respiration in
the return sludge line. In this tank not only particulate substrates are hydrolyzed, but also
the internal stored substrates are consumed and used for sludge growth,

o General COD conversion. It has become evident that a large fraction of the soluble
COD is first converted to storage polymers, after which it is used for growth [11]. In this
manner the organisms more or less balance their growth rate. There is no need to induce
all the growth-related enzymes at maximum level, in order to compete for substrate. A
fast uptake rate of substrate is essential for this competition, not a fast growth rate. Since
the number of enzymes involved in substrate uptake and storage is very limited, this is
more efficient. Bacteria without the capacity to store substrates will rapidly be
outcompeted in a feast-famine regime. Substrate storage is especially relevant for
denitrification processes. Storage of substrate needs less energy (electron acceptor) then
growth processes. If substrate storage occurs this leads to an inefficient use of the
substrate in denitrification processes.

& Recovery of organic carbon. PHB is a biopolymer with almost the same characteristics
as polypropylene. PHB is already produced industrially. The characteristic of the
activated sludge to form PHB opens the opportunity to recover organic carbon from
wastewater in a reusable form.

Recognition of the importance of storage polymers has led to the proposal of ASM3 [11]
by the IAWQ task group as a replacement of ASM1. This is done because the use of ASM1
led to some strange observations; e.g. when acetate is dosed in a standard respirometric test
for sludge characterization, very high yield coefficients are observed (up to 0.8 g/g). Inclusion
of storage polymers in the model description also allowed the growth-decay model with a
model based on endogenous respiration/maintenance. The latter has also extra advantages for
parameter estimation procedures.

The kinetics of storage polymer formation or consumption have, however, hardly been
studied. Traditional microbiological research orients at the formation of polymers under
growth limiting conditions. In activated sludge processes substrate is taken-up and used for
growth and storage at the same time. Simultaneous growth and storage, and growth on internal
storage products is not studied in detail at all. This means that the wastewater engineer has to
propose and assume kinetic rate expressions. It is clear that conventional Michaelis Menten
kinetics or Monod kinetics as developed for growth on soluble substrates do not hold under
feast-famine conditions. However for the time being in ASM3 a choice for these much used
traditional kinetic equations has been made.

2. GENERAL MICROBIAL RESPONSE TO NON-STEADY STATE CONDITIONS

The effect of non-steady state conditions can be best studied by applying a sudden change in
a steady-state chemostat culture of a single organism [12]. In Figure 2 the effect of a sudden
pulse of substrate to a steady-state is shown. In steady state a low concentration of PHB is
already present in the cells. It is not clear whether this PHB is present as storage polymer or
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has a direct metabolic function. As soon as the organisms are confronted with an increased
substrate concentration in the bulk liquid, they respond in accordance to the general kinetics
for substrate uptake. The specific substrate uptake rate increases momentarily to almost the
maximal rate. From the linear decrease in substrate concentration it appears that in time this
uptake rate remains constant. This increased substrate uptake rate is not compensated by a
momentarily increase in growth rate (as evaluated from the ammonium uptake rate and the C-
and COD-balance of the growth system). The unbalance between substrate uptake and growth
rate is compensate by storing the surplus uptake as PHB. In time the growth rate increases
towards the maximal growth rate of the organisms, with a concomitant decrease of the PHB
formation rate. This increase of growth rate seems to be dependent on the previous growth
rate in the system, with a slower increase if the organisms grew at a lower growth rate [12].
When the substrate is depleted, the organisms start to consume the internal stored PHB. This
is used for growth but at a lower rate. This indicates that the PHB degradation rate is the
growth rate determining process, rather then that the consumption of PHB is driven by the
growth rate of the organisms.

3. METABOLIC MODELING OF MICROBIAL STORAGE PROCESSES

Use of a metabolically based model for complex microbial processes such as formation and
consumption of storage polymers has as advantage that the stoichiometric parameters are
more consistently described. The macroscopic yield coefficients for growth on substrate (here
acetate), polyhydroxybutyrate (PHB) formation and growth on PHB are not independent.
From a metabolic model it will become evident that in fact these three parameters all relate to
one parameter which describes the efficiency of the energy generation in a cell (the ATP to
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Figure 2. Change in a P. pantotrophus culture upon change from chemostat to batch mode
of growth and supply of a pulse of substrate.
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oxygen or P/O ratio). The principle of metabolic modelling is a description of the metabolism
as a set of known basic cell internal metabolic reactions [13]. These reactions are linked to
each other by their use of Acetyl-CoA, NADH or ATP. Since these electron and energy
carriers in the cell have a more or less constant internal cellular concentration they can be used
in a steady state balance. Using this approach leads to an expression similar to the Herbert-Pirt
relation for microbial growth but with metabolic yields instead of macroscopic yields as
parameters. Previously we described in a similar manner the conversions by polyphosphate
accumulating organisms [14]

The metabolic model was formulated by Van Aalst-van Leeuwen et al. (1997) [12] and
Beun et al. (2000) [15,16]. In the description below the elemental biomass composition used
was experimentally derived as CH, 370¢.66No.17.

Reaction 1: Synthesis of Acetyl-CoA from acetate
Acetate is taken up and converted into the central metabolite acetyl-CoA. For this process 2
ATP per mole of acetate is required.

0.5 CH;COOH - 0.5 HSCoA - 1 ATP + 0.5 Acetyl-CoA + 0.5 H,0=0

Reaction 2: Anabolism

The anabolism is described as formation of biomass monomers from acetyl-CoA. In this
process ATP is consumed and CO; is formed by decarboxylation processes. These processes
have been studied in detail by Stouthamer (1973) [17]. Cell maintenance processes are
incorporated by matp which is growth rate (n) dependent

0.63 Acetyl-CoA - 0.17 NHj - 0.66 ATP — (1.5+marp/p) ATP
+ CH, §700.66No.17 + 0.26 CO; - 0.55 H,O + 0.76 NADH, =0

Reaction 3: Catabolism
The catabolism (oxydation to CO;) of acetyl-CoA can be written as [18]:

-0.25 Acetyl-CoA - 0.75 H,0 + 0.5 CO, + 1 NADH, =0
Reaction 4: Electron transport phosphorylation

This reaction describes the oxidation of NADH, whereby ATP is produced. The § (or the
P/O ratio) describes the energetic efficiency of the reaction [13] and is considered to be
independent of the growth rate.

—~NADH, -0.50, +H,0+8 ATP =0

Reaction 5: Synthesis of PHB from Acetyl-CoA
- 0.5 Acetyl-CoA - 0.25 NADH, + 0.25 C4H¢O, =0
Reaction 6: Synthesis of Acetyl-CoA from PHB

-0.25 C4HeO; - 0.25 ATP + 0.5 Acetyl-CoA + 0.25 NADH,
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For the feast phase reaction 1-5 apply, for the famine phase reaction 2,3,4,and 6 apply. Now
for each phase a balance for ATP, NADH, and Ac-CoA can be defined, where the net
conversion of these compounds can be assumed equal to zero. Substitution of these balances
lead to:

(i) a linear equation for the feast period, describing acetate uptake (rs), biomass growth (rx),
PHB production (rp) and maintenance (ms):

1 1
(-1’5) = (rx)+ (rp)+ msCx
st)r‘lax Ysl';lax
(i1) a linear equation for the famine period, describing PHB consumption, biomass growth
and maintenance:

1
('rp) = —YmT (rx)+mpcx

px
with the following expressions for the yield factors and the maintenance coefficients:
46 -2 m
ymax _ = ATP
T 4045+ 432 Ms = 2601
46 -2 m
max _ - ATP
Y 455 e T 2255-025
ymax _ 4.56 -0.50
PX 4.046+4.32

From above equations it can be seen that five macroscopic yield and maintenance
coefficients are needed in a conventional description of PHB formation and consumption as in
ASM3. By using the known information of bacterial metabolism these 5 parameters can be
related to only 2 true independent variables. If also the denitrification processes would have to
be included this would in a conventional description lead to 5 extra parameters, whereas in a
metabolic description only an extra 8 for the ATP per 2 electrons donated to nitrate is needed.
The latter can in principle be related to the difference in Gibbs free energy between oxygen
and nitrate as electron donor [19]. It is worthwhile to note that despite a metabolic description
seems at first sight to be more complex than a black box description, the end result is less
complex (less parameters required). Recognizing the metabolic relation between the
macroscopic yield coefficients is also useful when parameters have to be estimated. In
principle the values of the different macroscopic yield coefficients cannot be changed
independent. Without a metabolic relation this is however often the practice.

4. PHB ACCUMULATION AND CONVERSION IN MIXED CULTURES

A representative illustration of the conversions in a cyclically operated batch reactor with a
mixed culture growing on acetate is given in Figure 3. Directly upon dosing the influent to the
reactor acetate is consumed and used for storage and growth processes. After this rapid uptake
the accumulated PHB is used for growth and maintenance processes. During the feast period,
the growth is faster than during the famine period. It appeared that the biomass specific
acetate uptake rate depended on the SRT at which the culture was growing [15,16]. When the
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Figure 3. Illustration of changes in conversion rates and concentrations during one cycle in
the acetate fed SBR process at a SRT of 3.8 days, measured in several cycles. (a) (—)
oxygen uptake rate (OUR) and (---) dissolved oxygen (DO). (b) (W) Acetate; () NH4*; (@)
PHB; (---) CO; stripping rate.

influent addition is more spread out over the cycle the same pattern occurs, although the
conversion rates in the feast phase are limited by the substrate addition rate.

When estimating the metabolic yield coefficients (P/O ratio and the matp) from different
cultures (aerobic and anoxic PHB formation, and growth on acetate or glucose, or biological
P-removal), these values differ slightly [5,15,16]. However part of this variation is caused by
the fact that both coefficients are highly interdependent and can difficultly be estimated
independent. The combination of the two coefficients gave in each case non-significant
different result for the macroscopic yield coefficients. This might indicate that the metabolic
yield coefficients could well be used as general yield coefficients for all organisms in a mixed
culture.

The values for the metabolic yield coefficients found are 0.48 (biomass formation on
acetate), 0.67 (PHB formation on acetate) and 0.68 (biomass formation on PHA) C-mol/C-
mol [15,16]. When comparing growth on the primary substrate to accumulation of PHB and
subsequent growth on PHB, the net yield is approx. 7% decreased due to the conversion via a
storage polymer. Apparently the storage mechanism of PHB is energetically efficient. For a
wastewater treatment plant this means that stimulating the PHB pathway for growth will only
marginally decrease sludge production. For the micro-organisms involved it means that
despite a slightly lower growth yield, they can effectively compete with non-PHB storing
bacteria. The substrate storage lets the organisms easily survive the periods without feeding,
and the fast uptake of substrate in the feast period does not require full induction of all growth
related enzymes. The latter could maybe easily balance the slight energy loss due to the
storage metabolism.

5. KINETICS OF PHB CONVERSION

Polymer formation
Experimentally the maximal substrate uptake rate appears to depend on the average growth
rate (or the solids retention time, SRT) at which the culture is growing [15,16]. The
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experimental results of several different mixed culture experiments indicate that the ratio
between the biomass specific PHB storage rate and substrate uptake rate might be more or less
constant (0.4-0.6 C-mol/C-mol). This ratio could even be applied in cases where the substrate
was dosed such that the uptake rate was well below the maximal uptake rate [20]. If this
constant ratio is found over a wider range of experimental conditions, it could be very useful
for modeling of storage processes in an activated sludge model. Due to metabolic constraints
then only one rate coefficient needs to be evaluated in order to describe the feast phase. At this
moment there is no basic indication that this ratio should be constant, it could well be
coincidental.

Polymer consumption

The specific PHB consumption rate as a function of the PHB content of the biomass seems
to be independent of the average growth rate of the culture, indicating that PHB conversion is
the rate limiting process and not the growth of the cells. However the average PHB level in
the cells varies for cultures at different SRT’s [15,16,20]. Clearly the PHB content is a
reflection of the average growth rate of the cells (more or less 1/SRT), just as the soluble
substrate concentration reflects the growth rate in a chemostat culture. There is, as yet, no
good Kkinetic rate expression for consumption of internal storage polymers by microbial cells.
Assuming a Monod-type of relation seems to be rather simplistic. Most of the results obtained
until now indicate a first order rate equation in the PHB content of the cells to be appropriate
for the conversion of PHB. Other rate orders have been proposed [18], but upon analyzing in
detail they usually do not differ significantly from a first order expression, within the
experimental range.

Effect of temperature

Krishna et al. (1999) [20] have studied the influence of temperature on the accumulation of
PHB in SBR cultures fed with acetate. In these cultures the acetate dosage rate was rate
limiting, ie the acetate concentration was always near zero during the feast phase. It was
shown that in these cases the PHB formation rate decreased as a function of temperature. This
was probably the result of an increased anabolic rate at higher temperatures, indicating that the
PHB formation process would be the resultant of the Acetyl-CA formation from the substrate
and Acetyl-CoA consumption of the anabolic processes. Also other aspects such as the
biochemical control of the process might point in that direction. Based on this Krishna et al.
(1999) [20] postulated the scheme in Figure 4 for the metabolic control of the PHB formation
process and growth related processes during the feast phase.

6. CONCLUSIONS

It is now generally recognized that soluble substrate conversion in activated sludge cultures
is associated to storage polymer metabolism. For a proper description of these more complex
microbial conversions it is shown that a metabolic based model leads to a more consistent
description with less parameters then a conventional black box description for the process
stoichiometry. For the reaction kinetics initial data and proposals for reaction rate equation are
available. However much more detailed analyses of kinetic experiments is needed. This
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should be combined with a more detailed mechanistical description of the processes at the
enzyme level.

Fully induced expression of Induction of RNA dependent on
uptake enzymes growth history of cells
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Figure 4. Schematic representation of the substrate flux in a microbial cell and the factors
which influence the metabolic pathway (after Krishna et al. 1999 [20]).
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Polyhydroxyalkanoates (PHAs) are biopolyesters produced by procaryotic
microorganisms. They are attracting interest of researchers as environmentally friendly
material because PHAs are produced from renewable resources and are completely
biodegradable plastic. In this paper, studies on PHA production by using microorganisms in
activated sludge are reviewed, and its perspectives are discussed.

1. INTRODUCTION

Polyhydroxyalkanoates, PHAs, are biopolyesters which are produced by microorganisms.
They are thermoplastic with complete biodegradability. Because of their completely
biodegradability, and they are produced from renewable resources, they are attractive
materials with environmentally friendly characteristics.

One of the most well-known PHAs is PHB, the homopolymer of 3-hydroxybutyrate
(3HB). It was discovered in the middle of 1920s. In the early 1980s, ICI (Imperial Chemical
Industries) started the commercial manufacturing of the copolymer of 3HB and 3-
hydroxyvalerate (3HV), with the trade name of Biopol. The copolymer of 3HB and 3HV, or
P(3HB-co-3HV), has elastic physical property than PHB, and had a wider applicability in the
market. But at this moment, P(3HB-co-3HV) has not achieved a wide market because it is
several to tens of times more expensive than other petrochemically produced plastics such as
polyethylene, polypropylene, and polyvinylchloride[1, 2]. In order to reduce production cost,
different effort have been made which include the use of recombinant microorganisms(3, 4]
and the introduction of PHA synthetic genes to plants [5].

It is widely recognized that there are PHA accumulating microorganisms in activated
sludge [6]. One of the examples is the metabolisms of polyphosphate accumulating
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organisms (PAOs) in the enhanced biological phosphorus removal (EBPR) activated sludge
processes. They accumulate PHA by taking up volatile fatty acids under anaerobic
conditions. Our group has been seeking a way to utilize activated sludge for the production of
PHAs. We expect that PHA production by activated sludge have the following advantages [7,

8].

0]

@
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By using activated sludge, waste organic materials in solid wastes or wastewaters can
be recovered and reused as biodegradable plastics.

The cost of PHA production can be reduced; (a) the cost for the production of
biomass that produce PHAs is reduced because PHAs are produced by waste sludge,
(b) the cost for raw materials of PHAs is reduced if waste materials are used as the
raw materials, and (c) the cost of reactor construction and operation is reduced
because sterilization is not required.

PHAs which is not produced by known pure cultures could be obtained by using
activated sludge instead of pure cultures. The examples are PHAs containing 3-
hydroxy-2-methylbutyrate (3H2MB) and 3-hydroxy-2-methylvalerate (3H2MV) as
shown in Figure 1, which have been reported only in anaerobic-aerobic activated
sludge, not in pure cultures [9].

In addition to the advantages above, it should be taken into account that activated sludge is
a very important source of information on the PHA synthetic metabolisms in microorganisms

R

¢ O-CH-CH2-CO-)

(A) Basic structure of PHA monomeric unit found in natural environment.

CH3 GH3CH3
(-O-CH-CH2-CO-) (-O-CH-CH-CO-)
3-hydroxybutyrate  3-hydroxy-2-methylbutyrate
(3HB) (3H2MB)
CH3 CH3
CH2 CH2CH3
(-O-CH-CH2-CO-) (-O-CH-CH-CO-)

3-hydroxyvalerate  3-hydroxy-2-methylvalerate

(3HV) (BH2MYV)

(B) PHA monomeric units found in anaerobic-aerobic activated sludge.

Figure 1. Chemical structures of PHA monomeric units.
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which have not yet been observed in pure cultures. The typical example is the formation of
PHAs which contain 3H2MB and 3H2MYV as is described above. We expect that in activated
sludge, there must be more diversed mechanisms of PHA production than which have been
observed in pure cultures. For the basic research on PHA synthesis by microorganisms,
activated sludge is a very interesting and attractive field, where unknown PHA metabolisms
can be discovered.

Our group has been investigating on the use of activated sludge for the production of PHAs
by putting focus on the increase of PHA content of activated sludge. It is because the
production cost of PHAs is very much dependent on the cost of PHA recovery from biomass
which is affected by the PHA content of biomass. In 1995, our group reported 62% of PHA
content in activated sludge[8, 10]. But at this moment, the factors which affect PHA
production capability of activated sludge is not well identified.

In this paper, studies on PHA production by activated sludge are reviewed, and discussion
will be made about what should be investigated in order to realize PHA production by
activated sludge.

2. STUDIES ON PHA PRODUCTION BY ACTIVATED SLUDGE

2.1 Attempts to increase PHA content of activated sludge

In order to reduce the cost of PHA production, it is essential to increase the PHA content
of activated sludge. Our group has been trying to increase the PHA content of activated
sludge by applying different acclimatization method and different conditions for PHA
production [8]. In order to achieve higher PHA content, having a side stream reactor for
PHA production rather than main stream PHA production is beneficial, as shown in Figure 2.
That is, the process is divided into two reactors; the PABER, PHA accumulating bacteria
enrichment reactor, and the PPR, PHA production reactor.

Although it is well known that PHA is accumulated by anaerobic-aerobic activated sludge
under anaerobic conditions, PHA production under anaerobic conditions is limited by the
availability of energy accumulated as polyphosphate and/or glycogen. It has been
demonstrated by Iwamoto et al[11] that anaerobic-aerobic activated sludge accumulate PHA
not only under anaerobic conditions but also under aerobic conditions. Though introduction
of air supply to PHA synthesis adversely affect the yield of PHA from substrate, more PHA is
produced by the supply of energy produced by oxidative phosphorylation. Iwamoto et al.
[11] reported that produced PHA per unit of initial MLVSS increased linearly with the
increase of oxygen supply up to 3 mgO/gMLVSS/min, and higher oxygen supply did not
positively affect PHA production. The rate of PHA production was found to be the maximum
in the initial several hours, then it decreased quickly and PHA production was almost ceased
after 24hours.

In order to further increase PHA content of activated sludge, Iwamoto ez al .[10] tried a
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Figure 2. Side stream PHA production system composed of a PABER and a PPR.

new activated sludge process in the attempt to further enrich PHA accumulating
microorganisms. They introduced as PABER the microaerophilic-aerobic process, in which a
little amount of oxygen was introduced into the anaerobic stage of anaerobic-aerobic process.
Their idea was to help the growth of PHA accumulating organisms which do not have the
ability to accumulate polyphosphate or glycogen which are necessary for the anaerobic
substrate uptake. Iwamoto et al.[10] reported that microaerophilic-aerobic sludge had the
capability to aerobically accumulate PHA up to 62 % of MLSS . They expected that under
microaerophilic condition, the substrate is taken up by PHA accumulating microorganisms
while ATP and reducing power is provided by aerobic metabolisms. But what they found in
the microaerophilic-aerobic process was no substrate uptake in the microaerophilic condition.
They did not have rational reasoning for the effect of microaerophilic condition for the
enrichment of PHA accumulating microorganisms.

Takabatake et al. [12] investigated the reproducibility of the effect of microaerophilic-
aerobic process to increase the PHA accumulation capability of activated sludge. They
operated sequencing batch reactors under the same conditions except for the method of
oxygen supply, fully aerobic, anaerobic-aerobic, and microaerophilic-aerobic. They reported
that PHA accumulation capability of sludge was 20 to 30 % for fully aerobic sludge, 17-57 %
for anaerobic-aerobic sludge, and 33-50% for microaerobic-aerobic sludge. What they found
was that anaerobic-aerobic activated sludge exhibited as high PHA accumulation capability as
microaerophilic-aerobic sludge did, while it was not very stable.

The works by Iwamoto ef al. [10] and Takabatake et al. [12] were conducted with
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sequencing batch reactors fed with synthetic wastewater as substrate containing acetate,
propionate, peptone, and yeast extract as the main carbon sources. In their studies, the effect
of oxygen supply to the enrichment of PHA accumulating bacteria in PABER was focused
mainly. The effect of other factors on PABER such as HRT, SRT, time sequence of
operation, loadings, pH, temperature still remains unstudied. The conditions of PHA
accumulation reaction in PPR has not yet been studied in detail, except for the effect of
oxygen supply and the coexistence of nitrogenous compounds.

Takabatake et al. [13] conducted a field survey on PHA production by full scale activated
sludge. Activated sludge from four full scale treatment plants with different streamlines were
sampled, transported to the laboratory, and acetate was fed under aerobic condition. The
PHA content was measured after 24 hours of aerobic incubation. The average PHA content
after the aerobic incubation was 18.6 %, with the minimum of 6.2 % to the maximum of as
high as 29.5%. They compared the PHA production capability of activated sludge from
different operational conditions in the same wastewater treatment plant; they found that
activated sludge in conventional process had a higher PHA accumulation capability than that
in anaerobic-aerobic process.

Having all the outcomes above described, it is rather difficult to determine the strategy to
increase PHA accumulation capability of activated sludge, while many factors still remains
unstudied.

2.2 Stability of PHA content achieved in PPR

For the commercial production of PHA, not only the maximum but also the stability of
PHA content achieved in PPR is important. According to our experience, microaerophilic-
aerobic process tends to be unstable in operation because of bulking by the predomination of
filamentous bacteria [10]. Even if microaerophilic-aerobic process is operated steadily, it
seems it is not easy to achieve high and stable PHA production in PPR. The operation of
PABER reported by Takabatake et al. [12] shows rather unstable PHA accumulation
capability of activated sludge. The stability of PHA accumulation capability needs to be
studied more.

2.3 Production of PHAs with unique characteristics

Research on PHA production by activated sludge needs not be limited to the direction of
increasing PHA content. Interesting PHAs are known to be produced especially by
anaerobic-aerobic activated sludge under anaerobic conditions.

As was described in introduction, PHAs with 3H2MB and 3H2MV units have never been
found in pure cultures. There are two unique points about PHAs with these two units. The
first thing is that these two units have two branches from the main chain, while other PHAs
produced by pure cultures have only one branch at the maximum. Another interesting point is
that 3H2MB and 3H2MV unit have two chiral centers from the stereochemical point of view.
The additional branch is supposed to have an effect to protect ester bond from lysis. At this
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moment, the physical properties of PHA which contain 3H2MB or 3H2MV have not yet been
done. Detailed investigation on their physical property should be done. Also, it must be
interesting to see its degradation profile under different conditions, because the control of
degradation of biodegradable polymers is important when we think about the practical
situation of its application.

It is expected, based on the PHA synthetic pathways of pure cultures so far clarified, that
PHA monomeric units such as 3HZMB and 3H2MV are produced by the condensation of
acetyl-CoA and propionyl-CoA by an enzyme called ketothiolase, then reduced and
polymerized to form PHA as shown in Figure 3. The condensation step can be explained by
Claisen condensation [14]. The reason why 3H2MB or 3H2MYV are not produced by pure
cultures can be explained by the difference of ketothiolase; we are expecting that ketothiolase
in pure cultures so far studied cannot accept propionyl-CoA as substrate B. Ketothiolase in
anaerobic-aerobic activated sludge is interesting because it can use propionyl-CoA in addition
to or instead of acetyl-CoA.

The accumulation of PHA containing 3H2MB and 3H2MYV is not always observed. In our
experience, activated sludge which was acclimatized with synthetic wastewater without
propionate did not have the ability to accumulate PHA containing 3H2MV. Instead, the
sludge was able to accumulate 3HV rich PHA (about 80 % in molar basis) from the mixture
of acetate and propionate [15].

Thinking about the mechanism of the reaction, we may well expect the existence of
ketothiolase which can use butyryl-CoA for substrate B in Figure 3, and we might well expect
the formation of PHA containing 3-hydroxy-2-ethylalkanoate. But the formation of this kind
of monomeric units in PHA has n