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Preface

This book is designed to present a broad compendium of biodegradation and toxicological
research. The concept for this book is to provide academic and industry researchers with an
introduction to the current state of biodegradation studies and toxicological assessment.
Chapters provide both legacy and up-to-date approaches to practical methodologies
throughout the book, which were successfully applied to address real issues. This book
also provides an overview of the role and applications of analytical biodegradation quantifi-
cation as it applies to the environmental sciences, particularly in the range of by-products
that are usually linked to toxicology, and the test organisms most often used in toxicity
testing.

While the book is primarily focused toward the environmental sciences researcher, the
range of techniques demonstrated in the book also provides an introduction to biodegrada-
tion and toxicology methods for researchers outside of this field. Chapters deal with a critical
discussion of laboratory scale experiments, as well as full scale in situ and ex situ apparatus,
with each chapter containing both a discursive section along with a detailed methods
section. The topics of the book include scientific and technical feasibility studies, contami-
nant impacts evaluation, study design and analytical techniques, key methodologies required
to prepare the biodegradation and toxicology protocols, as well as the handling of microbial
communities related to such processes.

This book has been designed to serve as a comprehensive biotechnology textbook. The
authors thank all those who have contributed significantly in understanding the different
aspects of environmental sciences and submitted their chapters. We hope that our book will
prove of equally high value to advanced undergraduate and graduate students, research
scholars, and professionals.

Rio Clavo, Sdo Paulo, Brazil Ederio Dino Bidoia
Renato Nallin Montagnolli
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Chapter 1

Biodegradation of Selected Endocrine Disrupting
Compounds

Tomasz Grzeskowiak, Beata Czarczynska-Goslinska,
and Agnieszka Zgota-Grzeskowiak

Abstract

Nowadays, many different chemicals exerting negative effects on both human and animal health are widely
present in the environment. Compounds that interfere in the action of endocrine system due to their
structural similarities to the real hormones called endocrine disrupting chemicals have received much
attention because they are suspected to affect reproduction, development, metabolism of living organisms
and even induce cancer. Moreover, the endocrine-related disorders are often passed down to the next
generations and alter their disease susceptibility. This group of substances includes both naturally occurring
chemicals (e.g., phytoestrogen—coumestrol) and synthetic compounds used in industrial processes, agri-
culture, and household products (e.g., polychlorinated biphenyls, polybrominated biphenyls, polycyclic
aromatic hydrocarbons, some pesticides, components of plastics such as bisphenols and phthalates). Among
these compounds there are some groups of chemicals still widely used and therefore constituting an
important source of health hazards. The most important man-made endocrine disrupting compounds
belong to three groups which met with great interest in last years, i.e., phthalates, bisphenols (mainly
bisphenol A), and alkylphenols (used mainly as ethoxylates). Decades of their production and usage led to
considerable contamination of the environment. They are found in water, air, soil, both animal and plant
food. Therefore, growing number of studies are devoted to their degradation, biodegradation, and removal
from the environment. Present studies on the biodegradation of phthalates, bisphenols, and alkylphenol
derivatives aim mainly at testing of selected bacterial strains of different lineage including some Bacillus sp.,
Gordonia sp., Pseudoxanthomonas sp., Sphingomonas sp., and Rhodococcus sp. bacteria as well as other
bacterial strains. Tests with fungi like Aspergilius sp. and Polyporus sp. or fungal enzymes like laccases are
also carried out. Ultimately, understanding metabolic pathways of diverse species and genes involved in the
biodegradation may help in constructing bacterial or fungal strains through usage of genetic engineering
for effective removal of selected endocrine disrupting compounds. On the other hand, studies on removal
of these contaminants from the environment were also undertaken. Biodegradation in natural waters,
including seawater and in soil and sediments was tested to gain information on possibility of their removal
from contaminated areas.

Key words Endocrine disrupting compounds, Bisphenols, Alkylphenols, Phthalates

Ederio Dino Bidoia and Renato Nallin Montagnolli (eds.), Toxicity and Biodegradation Testing, Methods in Pharmacology
and Toxicology, DOI 10.1007/978-1-4939-7425-2_1, © Springer Science+Business Media LLC 2018
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2 Tomasz Grzeskowiak et al.

1 Endocrine Disruption

Contamination of the environment is a serious problem in many
countries due to increased production and usage of many chemicals
exerting a negative effect on both human and animal health. Some
of these compounds interfere in the action of endocrine system due
to their structural similarities to the real hormones. They enter cells
and mimic natural hormones or block their activity (Fig. 1). These
compounds are called Endocrine Disrupting Chemicals (EDCs)
and they belong to the most widely determined substances. Their
determination has received much attention because EDCs are sus-
pected to affect reproduction, development, metabolism of living
organisms and even induce cancer. EDCs can reduce sperm count

h?)tfnr;?)ir?e Receptor-hormone NUCLEUS

Receptor
protein

PLASMA
MEMBRANE
.
New
EXTRACELLULAR protein CYTOPLASM
FLUID
A B C
9 Normal Hormone Hormone

9 hormone 9 mimic 0 blocker

Nucleus

99 99 99

Hormone

receptor Cellular Altered Blocked

response cellular response cellular response

Fig. 1 A scheme of a hormone affecting its target cell. 7—The hormone diffuses through the plasma
membrane and binds a receptor. 2—The receptor-hormone complex enters the nucleus and binds a specific
DNA sequence. 3—Binding initiates transcription of the gene to mRNA. 4—mRNA directs synthesis of a
protein. (a) Normal cellular response to a hormone. (b) Cellular response altered by an endocrine disrupting
chemical. (c) Cellular response blocked by an endocrine disrupting chemical
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Fig. 2 A scheme of endocrine disrupting chemicals of different origin influencing the human endocrine system

1.1 Endocrine
Disrupting Properties
of Bisphenol A

and quality, increasing the number of testicular germ cells and
inducing male breast cancer, cryptorchidism, hypospadias, miscar-
riages, disorders of the menstrual cycle, infertility [1]. Moreover,
the endocrine-related disorders are often passed down to the next
generations and alter their disease susceptibility. This group of
substances includes both naturally occurring chemicals (e.g.,
phytoestrogen—coumestrol) and synthetic compounds used in
industry and household processes such as polychlorinated biphe-
nyls, polibrominated biphenyls, alkylphenols and their ethoxylates,
dioxins, polycyclic aromatic hydrocarbons, dichlorodiphenyltri-
chloroethane, bisphenol A, and phthalates [2—4]. EDCs occur in
both domestic and workplace circumstances. They are identified in

water, air, food (in plants and animals), cosmetics, and pharmaceu-
ticals (Fig. 2).

Bisphenol A (BPA) is frequently found in many consumer products
such as plastic bags and containers, sports equipment, CDs, and
DVDs. Because of'its cross-linking properties in the manufacture of
polycarbonate materials and epoxy resins, this compound has been



Tomasz Grzeskowiak et al.

widely used in the production of plastics since 1957 5, 6]. There-
fore, leaching of BPA from polycarbonate plastics, baby bottles,
dental sealants, epoxy resin linings for food and beverage contain-
ers, water pipes, and thermal papers makes it a ubiquitous contami-
nant of the environment [7, 8]. It can bioaccumulate both in
ground water, wastewater, and air leading to continual exposure
of humans and animals, whereas for most species food is the major
route of exposure [9]. Unconjugated BPA has been repeatedly
detected in human blood, breast milk, amniotic fluid, and placen-
tal tissue at ng/ml concentrations. The levels found in the blood
of pregnant women, fetal blood, umbilical cords, placenta, and
amniotic fluid are alarming because of the acute toxicity of the
developing fetus to xenobiotics [10]. BPA may be linked with
diabetes, obesity, cancer, cardiovascular and kidney diseases [11].
However, it is an analogue of estrogen and is first suspected to
affect reproduction, development, metabolism of living organ-
isms. Prenatal exposure to BPA is associated with the emergence
of endometriosis [12]. An et al. studied the effects of BPA and 4-
tert-octylphenol (OP) on uterine contractions in immature rats by
analyzing the expression and localization of contraction-associated
proteins, and contractility of rat uterus. OP and BPA increased
oxytocin-related pathway, reduced the prostaglandin-related sig-
naling and the contractility, which indicated their interference
with uterine contractility [13]. Biological impact of BPA over
the long term was tested on the animal model Caenorbabditis
elegans. Their exposure to BPA (0.0001-10 pM) from 14 larvae
to day-10 adult resulted in significant adverse effects and led to
strong stress responses in vivo. In comparison to the short-term
toxicity evaluation, chronic exposure to BPA caused a more obvi-
ous stress response at the same concentration, probably due to
cumulative toxic effects [14]. Other studies on the effects of
exposure to BPA in adult male Wistar rats revealed the reproduc-
tive toxicity of BPA at dosages considered nontoxic (5 or 25 mg/
kg/day). Research outcomes demonstrated that BPA at safe
dosages compromises the spermatozoa and disrupts the hypotha-
lamic—pituitary—gonadal axis, causing a state of hypogonadotropic
hypogonadism [15].

Also the impact of BPA on human fetal lung fibroblasts was
meticulously reviewed. Majority of studies have been conducted on
mice pups, and their results showed the adverse effects of BPA on
normal fetal lung and airway development caused by high BPA
concentrations in maternal food. Although the results of research
are sometimes conflicting or difficult to correlate from animal
models to humans, BPA contributes to the prenatal and postnatal
development of asthma [11].
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Another group of persistent chemicals in the environment are
alkylphenols (APs) and their derivatives. These pollutants are both
of natural (e.g., crude oils) and anthropogenic origin (e.g., sub-
stances widely applied in industry, agriculture, and households)
[16]. As a result of the degradation of alkylphenolethoxylates
(APEs) in wastewater treatment plants or in the environment,
ubiquitous short-chain APEs and APs such as p-nonylphenol
(NP), p-octylphenol (OP), and AP mono- to triethoxylates
(APE1, APE2, and APE3) have been widely identified [17, 18].
Intensive research focuses on the toxicity of the derivatives of
alkylphenols, especially on aquatic organisms. They affect endo-
crine system in fish and mammals and act both as agonists and
antagonists of endogenous estrogens depending on concentration.
Moreover, they have carcinogenic, hepatotoxic, genotoxic poten-
tial and impact on some behavioral modulators [19]. Estrogenic
activity of p-alkylphenols was first proved by Dodds and Lawson in
1938 [20]. These observations were confirmed by Mueller and Kim
[21] who studied the ability of various alkylphenols to displace the
prebound estradiol from estrogen receptor of uterine cytosols and
also to avoid binding estradiol to the receptors. The ubiquitous
exposure of aquatic organisms to synthetic estrogens became
evident. Tabata et al. studied the influence of NP, BPA, and 17p-
estradiol (E2) on mature male medaka. Exposure to all these sub-
stances resulted in induction of female-specific proteins in the
following order E2 > NP > BPA. Abnormal female-like anal fin
was noticed in male exposed to 100 ppb of NP. Although the
concentrations of both NP and BPA in water were lower than the
LCsg values for these substances, they have still posed a threat to
aquatic organisms due to their estrogenic potential [22]. Meier
et al. studied the effects of APs on the reproductive potential of
first-time spawning Atlantic cod (Gadus morbua). In male fish AP-
exposure reduced 1l-keto-testosterone concentrations, and
slightly induced levels of a typically female protein—vitellogenin.
Additionally, they observed the impairment of testicular develop-
ment with the increased amount of spermatogonia and a decreased
amount of spermatozoa present [23]. In another study, Meier et al.
investigated the impact of large amounts of APs included in the
produced water released in large quantities into the North Sea on
Atlantic cod (Gadusmorbua). The results showed that fish exposure
to low concentrations of APs could affect the timing of the onset of
puberty [24]. Studies of Feng at al. revealed the effects of the
endocrine disruption of NP on the sperm dynamic parameters of
amphibian Bufo raddei during the period of ejaculation and insem-
ination [25]. Furthermore, male rats were treated with varying
concentrations of NP (0, 5, 20, and 60 mg/kg/2 days), where
60 mg/kg NP increased occurrence of sperm deformities, impaired
epididymal sperm function, fertilizing capacity and caused seminif-
erous tubule degeneration [26].



6 Tomasz Grzeskowiak et al.

1.3 Endocrine
Disrupting Properties
of Phthalates

Phthalates are esters of phthalic acid commonly used as plasticizing
agents to improve flexibility and durability of plastics. They are
applied in many branches of industry and are found from pharma-
ceuticals, cosmetics, automotive articles to food and childcare pro-
ducts. To the most popular phthalates belong di-2-ethyl-hexyl
phthalate (DEHP), di-isononyl phthalate (DINP), di-isodecyl
phthalate (DIDP), and benzyl-butyl phthalate (BBP). Recently,
harmful effects of phthalates on multiple biochemical processes in
humans and wildlife have received much attention. They interfere
in the reproductive system of animals and similar disorders can be
expected in humans. According to research conducted by Axelsson
et al. DEHP metabolite levels were negatively associated with pro-
gressive sperm motility and men in the highest quartile of the
DEHP metabolite monoethylhexyl phthalate were associated with
a lower proportion of mature spermatozoa than men in the lowest
quartile [27]. Additionally, Cai et al. performed a meta-analysis
based on 14 studies and also confirmed that specific phthalate
exposures can actually be linked with the incidence of reduced
human semen quality [28]. The Danish scientists found relation
between delayed pubarche, and high phthalate excretion in urine of
healthy girls, which may indicate anti-androgenic potential of
phthalates [29].

Some phthalates are probably able to interfere in thyroid func-
tion. Studies performed on serum and urine of Taiwanese pregnant
women confirmed the relation between exposure to di-z-butyl
phthalate (DBP) and impact on thyroid activity leading to maternal
hypothyroidism and next adverse effects in the fetus [30].

Phthalates may be related to cancer in humans and suspected to
increase the risk of asthma and allergies. Lopez-Carrillo et al. test-
ing urinary concentrations of nine phthalate metabolites in Mexi-
can women found out that diethyl phthalate, the parent compound
of monoethyl phthalate, may increase risk of breast cancer incidence
[31]. Next, the Chinese researchers investigated the association
between DEHP and asthma predominance in mice and confirmed
the hypothesis that DEHP may promote or aggravate allergic
asthma [32]. Furthermore, Taiwanese scientists reviewing many
epidemiological studies confirmed that phthalates are believed to
affect directly airway epithelial cells and contribute to their remo-
deling, which makes them important environment pathogens of
asthma [33].

Last but not least, phthalates may play even a key role in the
pathogenesis of autism [6, 34, 35]. Studies performed by Testa
et al. confirmed the assumption of correlations between phthalates
exposure and autism spectrum disorders (ASDs) in children. The urine
concentrations of the primary and secondary metabolites of DEHP
were measured and in ASD patients significant increase in mono-(2-
ethyl-5-hydroxyhexyl) 1,2-benzenedicarboxylate (5-OH-MEHP)
and mono-(2-ethyl-5-oxohexyl) 1,2-benzenedicarboxylate (5-oxo-
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MEHP) urinary concentrations was found as well as an evident positive
correlation between these two oxidized metabolites was revealed. The
increased levels of fully oxidized form 5-oxo-MEHTP are characteristic
of patients with ASDs showing 91.1% specificity in identifying these
patients [36].

2 Biodegradation of Endocrine Disrupting Compounds

Biodegradation testing of chemicals (especially EDCs) is important
because information on their degradability may be used for hazard
or risk assessment. This assessment is generally based on data
obtained from ready biodegradability tests but results from simula-
tion tests, inherent biodegradability tests, and anaerobic biode-
gradability tests can also be taken into account [37].

In the ready biodegradability tests relatively high concentra-
tions of the test substance are used (up to 100 mg,/L) and biodeg-
radation is measured using nonspecific parameters like dissolved
organic carbon (DOC), biochemical oxygen demand, or CO, pro-
duction. A non-preadapted inoculum from domestic sewage, acti-
vated sludge, or secondary effluent (from a sewage treatment plant)
is usually applied in these tests. Depending on parameter used for
assessment biodegradation assessment between 60% (for theoreti-
cal oxygen demand and CO, production) and 70% (for DOC
removal) must be reached during a 10-day window in a 28-day
test. The remaining 30—40% of the test substance is assumed to be
assimilated by the biomass or present as products of biosynthesis.
A chemical attaining the pass level in these tests is classified as
readily biodegradable and a positive result can be considered indic-
ative of rapid and ultimate degradation in most environments [37].

If a negative result in a ready biodegradability test is obtained,
biodegradation can be studied in simulation tests. These tests sim-
ulate degradation in a specific environment like soil, sediment,
water or in a sewage treatment plant. Higher concentrations of
the test substance are usually applied for tests simulating sewage
treatment plants while being lower for this simulating degradation
in the environment. Higher concentrations of the tested com-
pounds can also be used to identify transformation products.
The results of the simulation tests may include disappearance of
the parent compound by chemical analysis (which does not mean
mineralization), degradation half-life, pathways of transformation,
etc. [37].

The inherent biodegradability tests have been designed to
assess whether there is any potential for aerobic biodegradation of
the tested compound. Inherent biodegradability can be measured
by a compound-specific determination (for primary biodegrada-
tion) or by a nonspecific analysis (for ultimate biodegradation).
Biodegradation above 20% of theoretical may be considered
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2.1 Biodegradation
of Bisphenols

evidence of inherent primary biodegradability and results above
70% may be regarded as evidence of inherent ultimate biodegrad-

ability [37].

Bisphenol A is widely known because of its endocrine disrupting
properties. A number of studies showed its widespread occurrence
in plastic products including toys, food containers, personal care
product containers etc. Thus, BPA was found to be a real threat to
people. Moreover, it was also found in the environment posing risk
to both humans and animals. A number of studies on its endocrine
properties and widespread occurrence led to its partial replacement
with other bisphenols including bisphenol F (bis(4-hydroxyphenyl)
methane), bisphenol S (bis(4-hydroxyphenyl)sulfone), and other
types. As has been lately found these compounds can also be
classified as endocrine disrupting compounds [38—41]. Neverthe-
less, still the most widely published studies relate to BPA including
research on its biodegradation. Some studies presented biodegra-
dation of bisphenols in environmental water and soils [42—44].
These studies are difficult in interpretation because of very different
types of environmental matrices and therefore a number of various
bacterial strains present. However, it must be underlined that high
and relatively fast biodegradation of BPA was noted in river waters.
Dorn et al. tested degradation using natural waters from the vicinity
of a chemical plant producing BPA as well as effluent from a
wastewater treatment plant. Greater than 90% degradation was
confirmed in all treatments after 5 days [42]. Wu et al. tested
biodegradation in river water and distilled water (pure or spiked
with heavy metals or humic acid). About 80-90% degradation of
BPA was achieved in 4 days [43]. Nevertheless, it is known that
even 90% degradation of hydrophobic compounds leads to their
accumulation in sediments or soil. Therefore, studies in this envi-
ronment were also undertaken. Langdon et al. experimented with
biodegradation of BPA in biosolids-amended soil testing both
indigenous and spiked compound. It was found that spiked BPA
was degraded approximately five times faster than the indigenous
compound [44]. Moreover, there was serious amount of recalci-
trant BPA found in the tests with indigenous compound
corresponding to 23-33% of the initial concentration. As it was
suggested problems with incomplete degradation may be due to
limited oxygen availability within soil aggregates or non-reversible
sorption of the compound. Nevertheless, the most important con-
clusion to be drawn from this study is that the use of spike degra-
dation experiments may not provide an accurate assessment of the
persistence and biodegradation of organic compounds [44].
Although biodegradation of BPA described above gives some
important information, a comparative study on different bisphenols
by Danzl et al. could also supply even more interesting data. In the
study the authors compared degradation of BPA, bisphenol F
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(BPF) and bisphenol S (BES) in seawater using the sea die-away and
Total Organic Carbon (TOC) Handai tests [45]. No degradation
of BPS was found in a number of tests with seawater taken from two
sites in three different months. On the contrary, both BPA and BPF
almost completely degraded in most of the sea die-away tests in
2 weeks. Much lower degradation efficiency was noted in the TOC
Handai test suggesting that complete degradation of these two
bisphenols was not completed. Considerably better degradation
of BPF than BPA found by the authors was attributed to their
chemical structures, i.e., to easier attack on the hydrogen atom in
the methylene ring-linking group of BPF than on the ring-linking
fragment of BPA [45]. In this context, the sulfonyl group of BPS
was the main reason for the lack of biodegradation of this
compound.

Many latest publications on biodegradation of bisphenols
included studies on bacterial strains isolated from activated sludge
[46], soil [47], sediment [48], water [49, 50], and other sources
[51]. A number of different bacterial strains were isolated in these
studies showing that biodegradation of BPA (and some other
bisphenols) can be easily achieved. Lobos et al. isolated from a
sludge (but not fully identified) MV1 strain degrading BPA and
other bisphenols including: bis(4-hydroxyphenyl)methane, bis(4-
hydroxyphenyl) ethane, 2,2-bis(4-hydroxy-3-methylphenyl)pro-
pane, 2,2-bis(4-methoxyphenyl)propane, 2,2-bis(4-hydroxyphe-
nyl)butane, 1,1-bis(4-hydroxyphenyl)cyclopentane, 3,3-bis(4-
hydroxyphenyl)pentane, and trans-4,4'-dihydroxystilbene [46].
For BPA two biodegradation pathways were presented. In the
major route 4-hydroxyacetophenone and 4-hydroxybenzoic acid
were formed while in the minor route the products included 2,2-
bis(4-hydroxyphenyl)-1-propanol and 2,3-bis(4-hydroxyphenyl)-
1,2-propanediol [46]. A study on the formation of biodegradation
products was continued by the authors who supplemented the
biodegradation scheme with a few more biodegradation products
(Fig. 3) [52].

Matsumura et al. collected over a hundred of soil samples and
after addition of BPA identified 85 soil samples capable of its
degradation [47]. The authors isolated and identified 26 different
bacterial strains from these soils which were used in further biodeg-
radation tests. Depending on culture medium and strain biodegra-
dation of BPA was achieved in 12-60 h. During these tests different
metabolites were identified (depending on strains used in the test)
including 4,4'-dihydroxy-a-methylstilbene, 1,2-bis(4-hydroxyphe-
nyl)-2-propanol, 2,2-bis(4-hydroxyphenyl)-1-propanol, and 4-
hydroxyacetophenone [47].

Peng et al. isolated bacterial strains from river sediment [48].
All four strains isolated from the sample belong to Psendomonas
knackmussii spp. and degraded BPA from 7 to 9 days. However,
during the test with a mixture of these strains biodegradation
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Fig. 3 A biodegradation scheme of bisphenol A

was finished in merely 6 days which points to their close cooper-
ation. Therefore, microbial diversity in the consortium should be
considered during remediation. Among metabolites six com-
pounds were identified: 2,2-bis(4-hydroxyphenyl)-1-propanol,
1,2-bis(4-hydroxyphenyl)-2-propanol, carbocationicisopropyl-
phenol, 4-isopropenylphenol, 4,4’-dihydroxy-a-methylstilbene,
and 2,2-bis(4-hydroxyphenyl)propanoic acid [48]. Four of
these compounds were also identified by Matsumura et al. [47]
pointing to existence of some similar biodegradation pathways.
A very interesting study on a wide group of bisphenols and
structurally related compounds was presented by Sakai et al. [49].
The authors isolated from seawater Sphingomonas sp. strain BP-7
degrading BPA. Depending on the medium they noticed no deg-
radation or complete degradation. High degradation was possible
only in the presence of peptone with or without additional nutri-
ents (like beef extract, yeast extract, vitamins, or pyrroloquinoline-
quinone). For medium containing yeast extract and mineral salts
addition of Pseudomonas sp. strain BP-14 (unable to degrade BPA
on its own) considerably accelerated biodegradation process (from
over 40 day to <10 days) [49] which confirms advantage of micro-
bial diversity as it was reported by Peng et al. [48]. The isolated
Sphingomonas sp. strain BP-7 was tested for biodegradation ability
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of several other compounds and three of them stayed intact includ-
ing BPF, BPS, and bis(4-hydroxyphenyl)sulfide [49]. Unfortu-
nately, the first two of these compounds are widely used as
substitutes for BPA.

Degradation of BPF was studied by Inoue et al. [50]. The
authors isolated Sphingobium yanoskuyae strain FM-2 from river
water. The strain pre-incubated on BPF was able to degrade this
compound within 9 h. The proposed biodegradation pathway
included oxidation of the methylene group leading to bis(4-hydro-
xyphenyl)methanol, 4,4’-dihydroxybenzophenone and further to
4-hydroxyphenyl 4-hydroxybenzoate, which was decomposed to 4-
hydroxybenzoate and 1,4-hydroquinone [50].

A good source of bacteria degrading BPA was also found in
petrochemical wastewater. Badiefar et al. isolated nine strains capa-
ble of its degradation and selected one for further studies [51]. It
was identified as Enterobacter gergoviae strain BYK-7. The authors
genetically enhanced its capabilities by introducing &isd AB operon.
This operon encodes cytochrome P450 responsible for the degra-
dation of BPA in the Sphingomonas bisphenolicum strain AO1. After
the introduction of the &isd AB operon the modified Enterobacter
gergovine BYK-7 strain was tested for BPA degradation activity.
Although its activity was lower after 8 h, considerable improvement
was noted after 24 and 48 h. The modified strain was able to
remove two times more BPA than the unmodified one [51].

The above-mentioned papers give rise to a statement that BPA
can be easily degraded by many bacterial strains. However, it must
be considered that some of the biodegradation products given
above can accumulate in the environment and their endocrine
disrupting properties are unknown. This topic was studied by Ike
et al. who found that the biodegradation products from the major
degradation route (4-hydroxyacetophenone, 4-
hydroxybenzaldehyde and 4-hydroxybenzoic acid) neither accu-
mulate nor demonstrate estrogenic properties [53]. Two com-
pounds from the minor route (2,3-bis(4-hydroxyphenyl)-1,2-
propanediol and 4-hydroxyphenacyl alcohol) accumulated but col-
laterally these compounds were not tested for their estrogenic
properties because they were unavailable. Taking into account
that about 15% of initial TOC was still determined after almost
50 days of biodegradation [53], accumulation of these compounds
can be a problem, especially 2,3-bis(4-hydroxyphenyl)-1,2-propa-
nediol that is structurally similar to BPA.

Apart from studies on bacterial biodegradation of BPA, a rela-
tively small number of papers on fungal degradation were also
published. Different fungi were isolated and used for testing.
Results included removal of BPA and identification of biodegrada-
tion products and analysis of estrogenic activity. Fouda et al.
isolated 52 fungal species from mid-depth layers of six soil samples
contaminated with phenolic compounds [54]. The isolates were
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screened for biodegradation capability of BPA and only two isolates
succeeded to grow on this compound, i.e., Aspergillus terrens and
Aspergillus flavus. Shin et al. tested a number of white rot fungi
strains for the biodegradation of BPA [55]. Initial test revealed that
Irpex lactens strain removed entire BPA in 12 h and Trametes
versicolor strain removed 98.2%. What is more, Irpex lacteus strain
degraded 99.4% of BPA in only 3 h. Nevertheless, it was also found
that BPA was toxic to Irpex lactens strain and (depending on its
concentration) up to 73.6% of dry weight of mycelium decreased
during 48 h of incubation in a medium containing this compound
[55]. Lee et al. selected two strains Sterenm hivsutum and Hetero-
basidion insulare by screening various white rot fungi [56]. Initial
experiments revealed high resistance of these two strains to BPA.
The fungal mycelium growth was slightly lower than in control
samples up to 100 ppm of BPA, but further increase of concentra-
tion to 500 ppm stopped the growth. Test at 200 ppm showed only
traces of BPA after 7 days and its complete degradation after
14 days. As it was shown the extracellular enzyme systems of both
fungi were not strongly induced but a slight increase in laccase and
manganese peroxidase activities was observed. There were only four
metabolites found in the study (2-hydroxy-3-phenyl propanoic
acid, 4-methoxyphenyl ethane, 2-phenyl acetic acid, and 2-
hydroxy-2-phenyl acetic acid) and none of them was found in
bacterial degradation of BPA. What is more important, a gradual
reduction in estrogenic activity was also observed [56].

Studies on fungal biodegradation of bisphenols were supple-
mented with tests free from fungi but with fungal enzymes. Daassi
et al. [57] tested different fungal laccases from strains Corzolopsis
ygallica  (BS54) [KJ412304], Bjerkandera adusta (11B)
[KU904462], and Trametes versicolor (A3) [KU904463]. Laccases
from Bjerkandera adusta and Trametes versicolor in the presence of
mediator (1-hydroxybenzotriazole) eliminated BPA during 8 h and
laccase from Coriolopsis gallica in 4 h. The biodegradation products
differed when different laccases were used or when no mediator was
used. For example, usage of the laccase from Coriolopsis gallica led
to the formation of 3-hydroxybutyric acid and after addition of
mediator tartaric acid and pyroglutamic acid was identified [57].
On the other hand, Uchida et al. reported formation of polymeric
degradation product when using laccase from Trametes villosa [58].

A more practical approach was tested by Nicolucci et al. who
examined biodegradation of bisphenols using immobilized laccase
and tyrosinase [59]. The enzymes were immobilized on polyacry-
lonitrile beads and placed in a fluidized bed reactor for continuous
removal of bisphenols. Immobilized laccase enabled removal of
four tested bisphenols (BPA, bisphenol B (2,2-bis(4-hydroxyphe-
nyl)butane), BPF and tetrachlorobisphenol A) in 90 min. Immo-
bilized tyrosinase was slightly less efficient and removed more than
90% of bisphenols in 90 min. Moreover, stability of immobilized
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laccase was much higher than that of the free laccase. When relative
activity of the free laccase was reduced in 30 days to a few percent of
the initial value, simultaneously tested relative activity of the immo-
bilized laccase was only 10% lower than the initial value. This
immobilized enzyme is also less sensitive to pH and temperature
changes which gives high potential in wastewater treatment [59].

Biodegradation of alkylphenolethoxylates was extensively studied
beginning from the late twentieth century. A number of studies
showed their relatively fast primary biodegradation in numerous
tests [60—63]. During the tests both oxidative and non-oxidative
biodegradation pathways were found. In both these pathways
shortening of the ethoxy chain was found to lead to short-chain
alkylphenolethoxylates in the non-oxidative route and their car-
boxylated derivatives in the oxidative route [60-62]. Both these
types of biodegradation products as well as alkylphenol produced
during further biodegradation were found to interfere with the
endocrine system [64, 65]. Some studies suggested also direct
formation of alkylphenols from their ethoxylates during the central
scission process with simultaneous release of polyethylene glycols
(Fig. 4) [66]. In other studies biodegradation products with
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carboxy groups in the alkyl chain were also found [67, 68], but
their endocrine disrupting properties were not evaluated due to
their minor occurrence. Extensive studies showing high environ-
mental impact of alkylhenols and their short-chain ethoxylates
including studies on their presence in sewage effluents as well as
on their accumulation in the environment [69-71] led to law
regulations reducing usage of nonylphenol and its ethoxylates
being the main thread due to their massive usage [72]. Further-
more, extensive studies on isolation of organisms capable of
degrading alkylphenols and their ethoxylates were undertaken. A
number of different bacteria were isolated from activated sludge
[73,74] or soil [75]. The isolated bacterial strains were capable of
degrading alkylphenol ethoxylates. Nevertheless, accumulation of
short-chain alkylphenol ethoxylates and their carboxylated deriva-
tives still took place similarly to previous studies on mixed bacterial
cultures.

Maki et al. isolated Pseudomonas sp. strain TRO1 from activated
sludge [73]. This strain enabled relatively fast biodegradation of
nonylphenol ethoxylates with substantial shortening of ethoxy
chain within a few days. However, the strain could not degrade
short-chain degradation products. Therefore, nonylphenol diethox-
ylate and its carboxylated derivative [ nonylphenoxy(ethoxy) Jacetic
acid were accumulated during the test [73]. Similarly Xin et al. used
activated sludge for the isolation of bacteria capable of nonylphe-
nol ethoxylate degradation [74]. The authors used improved the
cultivation method according to Tamaki et al. [76] using gellan
gum instead of agar, which enables obtaining diverse isolates. Using
this method Xin et al. isolated eight bacterial strains belonging to
seven different genera, i.e., Pseudomonas NP15b, Sphingomonas
NP41b, Sphingomonas NP42a, Sphingobinm NP22b, Cupriavidus
NP213b, Ralstonia NP47a, Achromobacter NP31a, and Staphylo-
coccus NP426a [74]. These strains displayed four biodegradation
patterns A, B, C, and D. In pattern A Sphingobium NP22b, Sphin-
gomonas NP41b, Cupriavidus NP213b, and Staphylococcus
NP426a strains degraded nonylphenol ethoxylates to short-chain
ethoxylates (mainly nonylphenol di- and triethoxylates) and their
carboxylated derivatives. In pattern B Achromobacter NP31a and
Pseudomonas NP15b were able to degrade nonylphenolethoxylates
down to nonylphenol monoethoxylate and its carboxylaled deriva-
tive. On the other hand, Sphingomonas NP42a in pattern C pro-
duced short-chain nonylphenol ethoxylates with nonylphenol
monoethoxylate being the main product, while only small amount
of carboxylated derivatives was found. Finally, strain Ralstonia
NP47a (pattern D) was capable only of oxidizing nonylphe-
nol ethoxylates without any chain shortening [74].

Biodegradation of octylphenol ethoxylates by isolated bacterial
strain was tested by Hotta et al. [75]. The authors isolated Sphin-
gomonas sp. strain BSN22 from bean fields. The isolate was capable
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of biodegradation down to octylphenol. The mechanism involved
chain shortening down to octylphenol triethoxylate, which was
then transformed to [octylphenoxy(ethoxy)]acetic acid and finally
to octylphenol which was accumulated. What is more important,
the authors not only defined the biodegradation route but also
showed significant importance of metal ions in the process. It was
presented that the presence of Ca®* and Mg?* ions was essential for
the biodegradation and addition of Fe** ions significantly improved
the biodegradation rate. Nevertheless, this test also showed that
further studies have to be performed for successful removal of
alkylphenols [75].

These studies were undertaken by numerous scientific groups.
Staples et al. tested biodegradation of alkylphenol ethoxylates and
alkylphenols using activated sludge from a sewage treatment plant
[77]. Successful removal of these contaminants was noted with only
traces of alkylphenols left after 35 days in the tests with alkylphe-
nol ethoxylates and no alkylphenols in the tests with pure octylphe-
nol and nonylphenol. However, bacteria responsible for this
successful process were not isolated [77].

Soares et al. tested biodegradation on nonylphenol trying to
isolate bacteria from soil, a municipal wastewater treatment plant
and a former manufactured gas plant [78]. By contrast to the results
obtained by Staples et al. [77] there was no biodegradation of
nonylphenol by bacteria from the wastewater treatment plant.
There was no strain isolated from the manufactured gas plant,
either. However, the authors could isolate three different strains
of bacteria from the nonylphenol contaminated soil. Two strains
were identified as Pseudomonas spp. and one as Stenotrophomonas
sp. All these strains were capable of degrading nonylphenol in single
as well as in mixed colonies with Stenotrophomonas sp. strain being
the most efficient [78].

Tanghe et al. performed purification of nonylphenol degrading
cultures from activated sludge and isolated two Pseudomonas
putida strains [79]. Their repeated incubation resulted in both
positive and negative results of nonylhenol degradation. Only pro-
longed incubation resulted in isolation of a slow growing Alcali-
genes sp. strain. As was proved in further tests, only this strain was
able to degrade nonylphenol and the two Pseudomonas spp. strains
previously isolated could degrade nonylphenol only in mixed colo-
nies with Alcaligenes sp. strain. On the other hand, all three strains
were capable of degrading octylphenol and none was able to
degrade long-chain alkylphenol ethoxylates. However, as biodeg-
radation of the ethoxy chain is not problematic for many bacteria,
studies on alkylphenols are still the most important to remove
endocrine disrupting chemicals formed during primary biodegra-
dation of alkylphenol ethoxylates [79].

Detailed analysis of bacterial degradation pathways and genes
involved in biodegradation of alkylphenols was presented by Tuan
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et al. [80]. The authors isolated 18 different bacterial strains capa-
ble of degrading octylphenol. These bacteria belonged to six
genera, i.e., 12 strains of Pseudomonas, two strains of Alcaligenes,
and one strain of each Acinetobacter, Inquilinus, Methylobacterium
and Shinella. The biodegradation pathways described in the study
involved initial multicomponent phenol hydroxygenase with the
formation of alkylcatechol and further oxidative ring cleavage by
catechol 1,2-dioxygenase or catechol 2,3-dioxygenase leading to
alkyl cis,cissmuconate and alkyl 2-hydroxymuconic semialdehyde,
respectively. Genes responsible for these degradation steps were
identified using polymerase chain reaction (PCR) and sequencing.
The results also showed that horizontal gene transfer for genes
encoding the key enzymes involved in identified biodegradation
pathways might play a major role in adaptation of microbial com-
munities to environmental contamination by alkylphenols [80].
Problems with searching for bacteria degrading alkylphenols
led to a growing number of studies on their fungal biodegradation.
Fungi were found to degrade alkylphenols quite easily and a num-
ber of studies reported successful degradation of alkylphenols
[81-83]. Fungi used in these studies were isolated from different
natural sources and generally can be divided into water fungi and
white rot fungi. Junghanns et al. tested aquatic fungi isolated from
nonylphenol polluted surface water [81]. Degradation efficiency of
UHH 1-6-188-4 strain isolated from a river was higher than that of
Clavariopsis aquatic strain isolated from a brook. Almost complete
primary biodegradation was achieved after a month using UHH 1-
6-188-4 strain while only about 60% of nonylphenol was degraded
by Clavariopsis aquatic strain at similar time. Among biodegrada-
tion products two different types of compounds were found—more
abundant products with hydroxyl group in alkyl chain and less
abundant compounds with shortened alkyl chain. Laccases from
the two fungi were also isolated and used in degradation tests of
branched and linear nonylphenol. Usage of laccase from UHH 1-6-
188-4 strain led to better results than those found for laccase from
Clavariopsis aquatic strain, e.g., degradation of branched nonyl-
phenol was 63.5% and 14.0% for the two respective laccases after
only 24 h. However, it must be underlined that addition of 2,2’-
azino-bis(3-ethylbenzthiazoline-6-sulfonate) to each laccase as the
artificial model redox mediator resulted in almost complete primary
degradation of nonylphenol in 24 h. The degradation products
formed were of higher molecular masses which indicates to oxida-
tive coupling taking place in the process [81]. Similar formation of
polymeric products was found by Tsutsumi et al. [84] who tested
degradation of nonylphenol and bisphenol A by fungal laccase with
and without 1-hydroxybenzotriazole playing role of the so-called
laccase-mediator system as well as by manganese peroxidase from
white rot fungi. What is more important, Tsutsumi et al. proved
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considerably lower endocrine disrupting activity of the degradation
mixtures after only a few hours [84].

Comparatively fast degradation was obtained by Moon and
Song who isolated fungi from various forest soils [82]. Most of
nine isolated strains could degrade alkylphenols to high extent but
only one degraded these compounds during 1 day. The white rot
fungus Irpex lacteus strain was subjected to further testing and its
manganese peroxidase was successfully isolated. Usage of purified
enzyme led to over 99% primary degradation of octylphenol in
90 min and over 90% primary degradation of nonylphenol in
60 min. Estrogenic activity was also reduced but only to about
10-20% of the initial values. This inconsistency was attributed to
residual recalcitrant degradation products that were identified as 9-
hexadecenoic acid, 9-octadeceamide, hexadecanoic acid, tetradeca-
noic acid, methyl-cis-9-octadecenoate, and 3,4-dimethoxybenzoic
acid methyl ester [82].

Subramanian and Yadav tested another white rot fungus
strain—Phanerochaete chrysosporium [83]. The strain degraded
nonylphenol in both nutrient-limited and nutrient-rich cultures.
Essential role of P450 monooxygenases was found under nutrient-
rich conditions, while under nutrient-limited conditions with low
nitrogen content enzymes involved in degradation could not be
precisely defined. The study showed that P450 genes in Phaner-
ochaete chrysosporium are induced by nonylphenol in a nutrient-
specific manner. Moreover, there were only two genes (induced
solely in nutrient-rich culture) that showed extraordinarily high
levels of induction and might be involved primarily in degradation
of nonylphenol. Therefore, although the P450 genes are present in
many organisms, rarity of genes strongly induced by nonylphenol
clearly shows problems with appropriate enzymes functioning as a
terminal oxidase. This is obviously connected with highly branched
nature of the most widely used technical nonylphenol [83].

Phthalates belong to probably the most widely used EDCs due to
their widespread application as plasticizers in plastics. As these
compounds are not covalently bonded to polymers, they can be
easily leached to water. Primary biodegradation of phthalate die-
sters leads to phthalate monoesters and then to phthalic acid. Both
phthalic acid and the leaving groups can be further oxidized and
enter tricarboxylic acid (TCA) cycle (Fig. 5) [85]. However, even
the first steps in this biodegradation are problematic. As it was
presented by Barnabé et al. biodegradation of phthalates in the
sewage treatment plant is not complete—80% of DEHP found in
the sewage influent was assayed in the effluent [86]. Furthermore,
15% of DEHP was found in dewatered sludge. Even though the
samples were collected on the same day and error in the estimation
of the biodegradation can be high (due to retention in the sewage
treatment plant), still estimation of DEHP removal shows huge
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exemplary substituents

problems with its degradation. Moreover, while concentration in
the effluent was 54 pg/L, it was much higher in the receiving river,

e., 180 pg/L and in its sludge—110,000 pg/kg [86]. High
contamination of the river water shows widespread contamination
and much higher contamination of the sludge focuses our attention
on accumulation of phthalates.

Due to problems with high accumulation of phthalates in
sludge and soil studies were undertaken to remove these contami-
nants [87-89]. Chang et al. tested removal of DBP and DEHP
from compost-amended soil [87]. The authors found that biodeg-
radation of DBP and DEHP in soil by indigenous microorganisms
led to the removal of these contaminants in 9 days and 15 days,
respectively. Addition of compost substantially accelerated biodeg-
radation to 5 days and 9 days for DBP and DEHP, respectively.
Yuan et al. tested removal of the same two phthalates from sewage
sludge-amended soil [88]. Removal of DBP and DEHP from
sludge was dependent on both their concentration and size of
sludge particle. Tests at higher concentrations and with bigger
particles resulted in slower biodegradation of both these contami-
nants. Proportion of soil to sludge was also important with 1:0.2
soil to sludge ratio resulting in the fastest biodegradation of both
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the compounds. A change in the soil to sludge proportion resulted
in reduction of the biodegradation half-life from 1.6 to 1.0 day and
from 8.7 to 5.8 days. The authors also isolated five bacterial strains
responsible for fast degradation of bisphenols (Rhbodococcus sp.,
Bacillus horti, Microbacterium sp., Mycobacterium sp., Streptomyces
sp., and Rbodococcus sp.) for which biodegradation half-life was
from 0.3 to 1.4 days and from 1.6 to 4.2 day for DBP and
DEHP, respectively, with the best degrading strain being Rhodo-
coccus sp. [88]. It is worth mentioning that Rhbodococcus sp. was
previously reported to show excellent degradation activity toward
dimethyl phthalate (DMP), diethyl phthalate (DEP), and DBP
[90]. However, usage of sewage sludge for bioremediation of
phthalates-contaminated soil is not always successful. Ferreira
et al. tested removal of five different phthalates and only 60-85%
of phthalates were removed during 120 days [89].

Similarly to studies on bisphenols and alkylphenols experiments
on phthalates include isolation of bacteria form different sources.
Although selection of bacterial strains started in the 1970s, still
many publications on this topic can be found nowadays but the
newly published studies frequently include more precise informa-
tion like identification of genome fragments responsible for bio-
degradation and characterizations of enzymes responsible for this
process. Moreover, some studies present optimization of biodegra-
dation conditions with the use of statistical methods. Bacteria able
to degrade phthalates are isolated from different sources, mainly
from soil [91-94] but also from natural waters [95], wastewater
[96], and activated sludge [90, 97].

Chao et al. used soil from a river bank and obtained twelve
isolates degrading DBP [91]. Eight isolates degraded more than
90% of DBP in 3 days out of which five were qualified as fast
degrading and three as medium degrading. Bacterial strains were
identified only in 8 out of 12 isolates. Then PCR amplifications and
nucleotide sequencing were used for the identification of DNA
phtA fragment, i.e., the subunit of phthalate dioxygenase gene.
The phtA fragment was found only in six strains, each belonging to
fast and medium DBP-degrading bacteria but surprisingly it was not
identified in two fast-degrading strains. It was supposed that a
different kind of oxygenase had to be present in the two strains [91].

Chen et al. isolated one DBP-degrading strain from soil taken
from a treated sewage disposal area [92]. The strain was named
MI11 and it was most closely related to Camelimonas lactis strain
M2040. It could degrade phthalates only partially, i.e., leaving 44%
of DBD, 28% of diethyl phthalate (DEP), 13% of diphenyl phthal-
ate, and 72% of di-z-amyl phthalate after 72 h. No degradation of
dimethyl phthalate (DMP) took place but still isolated strain was
able to degrade medium-chain phthalates. Moreover, the authors
managed to amplify the DBP hydrolase gene by PCR, ligated to
appropriate expression vector, and transtformed to Escherichin col
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cells. This enabled characterization of DBP hydrolase activity
including its activity at different pH and temperature [92].

Prasad and Suresh isolated Variovorax sp. strain from garbage
dumped soil [93]. The strain was able to utilize mixture of DMP,
DEP, and DBP as well as the individual phthalate esters as the sole
source of carbon and energy. Removal of these phthalates was
accomplished in <30 days. The authors also isolated the crude cell
free extract from their mid exponential growth phase. Degradation
of DMP and DEP using the extract was considerably accelerated—
about 80% degradation was noted during an hour [93].

Surhio et al. also used soil as a source of phthalate-degrading
bacteria [94]. Although no identification of genome or enzymes
responsible for biodegradation was done, the publication is worth
mentioning because the isolated Bacillus thuringiensis strain was
able to fully degrade DMP in 72 h at concentration up to 400 mg/
L. Furthermore, it could also degrade about 80% of DMP at a
concentration 1000 mg/L [94].

Jin et al. isolated Sphingobinm sp. bacteria from estuary water
which enabled biodegradation of a series of phthalic acid esters
including DMP, DEP, DBP, di-#-octyl phthalate (DOP) [95].
The strain could also utilize monobutyl phthalate but could not
use phthalic acid. Therefore, even though the strain could rapidly
degrade phthalates and tolerate NaCl up to 4%, it was clearly shown
that it needs another bacterial strain to complete biodegradation of
phthalates. In another paper, Jin et al. presented results of studies
on Achromobacter sp. bacteria isolated from wastewater obtained
from a rural sewage treatment plant [96]. The strain could utilize
DMP, DEP, DBP, DEHP, and DOP. It was also shown that the
strain preferred growing on long alkyl chain phthalates. The study
identified presence of one plasmid in the cell. This plasmid con-
trolled biodegradation of phthalates and its removal led to loss of
degrading capabilities of isolated Achromobacter sp. strain.

Lu et al. isolated Rhodococcus sp. bacterial strain from activated
sludge [90]. The strain was able to degrade DMP, DEP, and DBP.
The authors used statistical design methods for optimization of
biodegradation conditions with a four-level three-factorial design.
Under optimized conditions the strain could degrade phthalates
during 6 days at concentration up to 100 mg/L [90]. Li et al. also
isolated bacterial strain from activated sludge [97]. The strain was
identified as Serratia marcascens and was able to degrade DBP. The
authors optimized the biodegradation conditions using the Tagu-
chi method with a three-level three-factorial design. Under opti-
mized conditions the strain could degrade DBP during 6 days at
concentration up to 100 mg/L [97].

Biodegradation of phthalates was also studied with the use of
fungi [98-101]. Chai et al. tested biodegradation of DEHP using
14 different fungi isolated from different soils or rice grains [98].
Nine of these strains degraded DEHP in more than 50% forming o-
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phthalic acid, 2-ethylhexanol, and 2-ethylhexanoic acid. The most
effective in degradation were Fusarium species including Fusarium
graminearum NERI-1280, Fusarinm morniforme 2-2, and Fusar-
sum sporotrichiosdes NFRI-1012 [98].

Soon-Seok et al. investigated ten white rot fungi species and
tested biodegradation of DMP, DEP, and BBP [99]. Depending on
media up to seven species could degrade the three phthalates in
12 days or less with Pleurotus ostreatus degrading phthalates in
2-8 days. The authors also noted considerable and fast decrease in
estrogenic activity of DMP during biodegradation showing great
potential of fungi [99].

Luo et al. tested biodegradation of different phthalate isomers
by Fusarium sp. DNT-5-3 fungi which selectively degraded these
compounds [100]. Two methyl groups could be removed from the
para isomer, one from the meta isomer and there was no degrada-
tion of the ortho isomer. Further studies performed by the same
scientific group were devoted to isolation of intracellular esterases
catalyzing hydrolysis of two phthalates [102, 103]. The proteins
were isolated and then purified by ion exchange chromatography. It
can be easily compared that the two isolated esterases [102, 103]
have different molecular masses. Moreover, there was a difference
among degradation capabilities of the two isolated proteins [102,
103] and Fusarium sp. DNT-5-3 tungi (without isolated enzyme)
[100]. It was found that the esterases involved in biodegradation of
phthalates are highly substrate-specific. The esterase isolated with
the para isomer as a substrate could hydrolyze only dimethyl para-
phthalate (without other isomers and monomethyl phthalates)
[102] and the one isolated with the meta isomer could hydrolyze
both dimethyl para-phthalate and dimethyl meta-phthalate (but
still no monomethyl phthalates) [103]. The results from the three
studies clearly showed that there must be another esterase able to
degrade monomethyl para-phthalate degraded by Fusarium sp.
DNT-5-3 fungi [100, 102, 103].

Studies on biodegradation of phthalates included also genetic
modification of fungi. Kum et al. transformed a laccase expression
vector from Phlebia tremellosa to Irpex lactens fungus to enhance its
biodegradation capabilities [101]. To achieve this aim a laccase
gene from Phlebia tremellosa was inserted at the BamH 1 site of
pBARGEM?7-1 plasmid to construct a laccase expression vector
(pBARPprolac) which was then inserted into Irpex lacteus. Stable
integration was confirmed using PCR and then two selected
transformants were tested for their laccase activity. They were
grown on several endocrine disrupting compounds including
BBP, DEP, as well as bisphenol A and NP. Laccase activity of the
transformants was induced a few times more than that from the
unmodified Irpex lacteus. The use of the transformant in degrada-
tion of BBP and DEP led to more than 90% removal of these
compounds on day 3 of the experiment. Increased removal rate of
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estrogenic activity compared to the unmodified Irpex lactens was
also observed [101].

3 Future Prospects

This review on the biodegradation of bisphenols, alkylphenols, and
phthalates clearly shows two trends. On the one hand, latest studies
aim at isolation and full characterization of bacteria. Genes respon-
sible for degradation of specific compounds or production of spe-
cific enzymes are often identified. These genes can then be
transferred to other strains to improve their degradation capabil-
ities. This approach can substitute usage of mixed bacterial cultures
where different often pathogenic species are responsible for consec-
utive steps leading to complete degradation.

On the other hand, similar studies are carried out on fungi.
These species degrade EDCs using different and often faster
schemes but it must be taken into account that most fungi are
difficult to remove once they were used. What is more, some fungal
species produce mycotoxins and their usage is not safe. Therefore,
studies were undertaken to isolate enzymes responsible for biodeg-
radation of EDCs. They are not only safer but also degrade much
faster than fungi. So far relatively low stability of enzymes and their
high cost have not enabled their widespread usage. Nevertheless,
the latest studies on immobilization of enzymes on polymeric beads
due to very high stability of bound enzymes open a new era in
biodegradation of EDCs.
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Chapter 2

Biodegradation and Inhibitory Effects of Antibiotics
on Biological Wastewater Treatment Systems

Zeynep Cetecioglu and Merve Atasoy

Abstract

Antibiotics are one of the most consumed drugs and have become new emerging pollutants in the
environment as antibiotics lead to long-term adverse effects on the ecosystem. They are produced by
bacteria to inhibit the growth of other bacteria in nature as a defense mechanism. Furthermore, after
discovering their therapeutical features, synthetic production methods were developed. In general, anti-
biotics are widely used in human medicine, veterinary medicine, farming and aquaculture for the prevention
and treatment of diseases. Approximately 90% of the consumed antibiotics are excreted via urinary or fecal
pathways from the human body after partial, or no metabolism, and they are transferred to the domestic
sewage plants or directly to the environment. Conventional biological treatment of domestic sewage
provides very low—if any—reduction for the antibiotics, which usually by-pass treatment and accumulate
in the receiving waters, sediments, plants, and animals. The concentration of these materials in domestic
wastewaters and surface waters is observed in a range between 0.3 pg/L and 150 pg/L. However,
pharmaceutical plants, hospitals, concentrated animal feeding operations, and aquaculture generate efflu-
ents having much higher antibiotics concentrations in the range 100-500 mg/L. Consequently, it is
essential to gather information on the fate and effect of these compounds at high concentrations for setting
the basis for related practical treatment schemes.

Inhibitory action of the antibiotics is experimentally evaluated in two different approaches: Short-term
(acute) and long-term (chronic) tests: Acute experiments involve a microbial community selected and
sustained by the selected organic substrate in the system and not previously exposed to the inhibitor. In
long-term experiments with continuous feeding of the inhibitor, the test may reflect, aside from changes in
substrate removal and utilization, adaptation and /or resistance of the microbial community or even shifts in
microbial composition in response to continuous exposure to the selected inhibitor. However, a full insight
on the inhibitory action can only be acquired when the response of the microbial community is tested for
both acute and chronic inhibition impacts.

In this chapter, the most commonly used antibiotic classes such as B-lactams, tetracycline, macrolides,
sulfonamides, quinolones are examined. Their fate and transformation during wastewater treatment as well
as their inhibitory and toxic effects on the microbial community are discussed by using various toxicity and
inhibition tests.

Key words Antibiotics, Biodegradation, Inhibition, Toxicity, Biodegradability, Wastewater treatment
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1

Introduction

“Antibiotic Era” has been started due to the remarkable reduction
of the mortality rates of socially and epidemiologically infectious
diseases. Antibiotics have been used for treating severe infections,
preventing infections in surgical patients, protecting cancer patients
and people with decrepit immune systems since the 1940s [1]. In
addition, antibiotics are used to prevent and treat diseases in ani-
mals as well as to promote the growth of antibiotics that can be
classified according to different criteria such as chemical structure,
action mechanism, or spectrum. Most important antibiotics can be
categorized such as p-lactams (penicillin, cephalosporin, carbape-
nem), quinolones, tetracyclines, macrolides, sulfonamides, amino-
glycosides, and glycopeptides according to their chemical structure
[2, 3]. Additionally, antibiotics can be classified according to their
target or mechanisms of action into five main groups: (1) to inhibit
bacterial cell biosynthesis, (2) to selectively block 30S or 508 ribo-
somes, (3) to block the DNA replication, (4) to disrupt the integ-
rity of cell membranes, and (5) to antagonize metabolic processes.

According to the antibiotic consumption statistics, global anti-
biotic consumption rate increased more than 30%, between 2000
and 2010 years [4]. Moreover, approximately 50% of antibiotic
consumption rate is the result of improper usage. Antibiotic con-
sumption rate depends on various factors such as easy access to
antibiotics, expanding insurance coverage, seasonality, economic
growth, usage for not only medical aims but also to increase growth
promotion of animals [4].

Antibiotics, massively used for both human and veterinary
medicine, are discharged into the environment via urine and
feces. Urine and feces are rarely used directly as fertilizer, but they
are mostly received to wastewater treatment plants (WWTPs).
Thereby, WWTDPs are a primary hotspot for antibiotics before
they are released into the environment [5, 6].

Antibiotics can be degraded by microorganisms and /or photo-
catalytic reactions or eliminated by sorption onto the sludge at
WWTP. During biodegradation process, antibiotics can be
degraded into by-products that called transformation products
(TPs) which are more polar than the main compound. Due to
high polarity resulted in low biodegradability, some transformation
compound cannot eliminate efficiently. Some of TPs can be more
stable and toxic than main compounds [7]. Since most conven-
tional WWTPs are not designed to eliminate highly polar contami-
nants, antibiotics and transformation products can reach the
environment also after treatment. Thereby, they can reach receiving
water bodies such as surface waters, ground waters, potentially
drinking waters, and also soil. Therefore, these compounds have
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Fig. 1 Fate and transport of antibiotics in the environment (Adapted from Heberer, 2002) [8]

various exposure pathways to the environment after treatment,
which is given in Fig. 1.

The result of a direct discharge of wastewater containing
untreated antibiotics to surface water or groundwater, landfill
leachate, leaking sewers disposal in agricultural areas and other
discharges cause antibiotics to entry and accumulate into the envi-
ronment. Thus, the spread of antibiotic may cause antibiotic resis-
tant bacteria and antibiotic resistance genes (ARGs) into the
ecosystem [9]. Although antibiotic resistance genes can occur nat-
urally in the environment, mostly they arise through genetic muta-
tion or by species acquiring resistance from others [10, 11].
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According to the U.S. Centers for Disease Control and Preven-
tion (CDC), antibiotic resistance is responsible for more than
2 million infections and 23,000 deaths each year in the U.S. that
estimates economically 35 billion dollar losses in 2013 [12]. In
addition, antibiotic-resistant infections caused approximately
25,000 deaths and 1.5-billion-euro economic loss at 2009 in Eur-
ope [13]. Consequently, about 700,000 people die as a result of
antibiotic resistance infections annually at a whole of the world [4].

Besides the adverse effects of antibiotics on nature such as the
distribution of antibiotic resistance bacteria and genes, they cause
problems in treatment plants as well. The adverse effects of anti-
biotics on wastewater treatment plant depend on the type of pro-
cesses and operation conditions. In general, a conventional WWTP
consists of filtration, coagulation /flocculation, and precipitation as
a physio-chemical process, biological process, and sometimes
advanced treatment stage. Biological treatment, which is the pro-
cess where antibiotics are most eliminated, in general consists of
activated sludge that enables organic matter biodegradation by
microorganisms [2, 8].

Antibiotics have three main routes during biological degrada-
tion in WWTPs; they can (1) mineralize, (2) transform to more
hydrophobic compounds, (3) transform to more hydrophilic com-
pounds that discharge into the surface water without treatment.

Antibiotics cannot be effectively eliminated by biodegradation
alone, even though the low concentration of the toxic compound
and many different microorganism species in active sludge contains.
One of the possible reasons for poor treatment of antibiotics in
WWTP is that very low concentrations of antibiotics may be inade-
quate for enzymes that are required for degradation of antibiotics.
Another one is related to toxic effects of antibiotics. They can
inhibit the growth or metabolism of microorganisms. Likewise,
biodegradation of antibiotics relies on the structure of compound
and properties of WWTDPs such as operation conditions [14]. As a
result of these causes, antibiotics can adversely affect the nitrogen
transformation, methanogenesis, and sulfate reduction during
biological treatment at WWTDPs [15].

All the aspects of the adverse effects of antibiotics, which are
damaging to either the survival or normal function of microorgan-
isms or their communities, on microorganisms are determined by
toxicity tests. According to the endpoint of measurement, toxicity
tests are classified as acute and chronic [2, 16].

In acute toxicity tests, toxic effects of exposure to a chemical on
microorganism community, which are not previously exposed to
the chemical, are determined. A typical acute toxicity test exposes
test organisms to a series of dilutions of the compound and records
deaths over a period, typically 24-96 h.

The results can be analyzed by comparing the percentage of
deaths of organisms exposed to the chemical to the percentage of



Effects of Antibiotics on Wastewater Treatment 33

organisms exposed to uncontaminated media. The results are
reported in terms of effective concentration, EC50 or EC20,
which is the concentration of 20% and 50% reduction in measured
endpoints, but the respiration rate, enzyme activity, substrate utili-
zation rate, oxygen consumption, microbial growth rate, bacterial
luminescence, and biogas production rate are used as an indicator
to measure inhibition effects [16-18].

The chronic toxicity tests are also expressed as long-term tests
that measure the effects of exposure to lower, less toxic concentra-
tions. The test is considered chronic if it contains more than 10% of
the organism’s lifespan; otherwise, it is like an acute toxicity test.
The most remarkable distinctness between chronic and acute tests
is that chronic tests include acclimation period of the microorgan-
ism. Chronic tests are long-term tests that take days, weeks, or
months, including at least two generations of test organisms. As a
result of the application of continuous low concentrations, the end
point of the test is determined according to the sub-lethal effects
(growth retardation, reproductive failure, nerve dysfunction, lack
of motility, developmental tastes with behavioral changes and struc-
tural abnormalities) or both death and lethal effects. In addition,
NOEC (observed effect concentrations) or LOEC (lowest
observed effects concentration) can be thought of as end points
of the test [19-21].

The toxic or inhibitory effects of compounds on the microbial
community as well as on the environment can be examined by
various types of tests. Most of these tests are standardized by The
Organization for Economic Co-operation and Development
(OECD), International Organization for Standardization (I1SO),
and Environmental Protection Agency (EPA), which are defined
in detail how a test should be designed, executed, and reported.
Even though standardized tests are used generally, there are also
non-standard test methods, in contrast, any other test method,
designed case-by-case depending on the research question, and
typically developed and performed by academic research groups
[17,21].

OECD recommends validated test methods for characterizing
the fate and behavior as well as the effect of chemical substances for
regulatory purposes. Mostly used OECD tests for the effects of
chemical substances on aquatic organisms OECD (2014) are
OECD TG 209 (2010) activated sludge, respiration inhibition
test; OECD TG 224 (2007) detection of the inhibitory effects on
anaerobic bacteria activity that is gas production reduction of
anaerobically digesting (sewage) sludge [21].

The ISO have been developed primarily for testing the effects
of environmental water samples. Mostly, ISO 11348 determination
of the inhibitory effect of water samples on the light emission of
Vibrio fischers (Luminescent bacteria test), ISO 10712 pseudomo-
nas putida growth inhibition test (pseudomonas cell multiplication



34 Zeynep Cetecioglu and Merve Atasoy

inhibition test) are used for the determination of the effects of
water and wastewater on bacteria [21].

This chapter aimed to discuss the behavior of antibiotics in the
biological wastewater treatment plants in terms of fate and effects
of the main compound, transformation products, and metabolites
on the microbial community by using various toxicity and inhibi-
tion test.

2 Fate of Antibiotics in the Environment

2.1 Biodegradation

2.2 Adsorption

23
Photodegradation,
Hydrolysis, and
Thermolysis

24
Oxidation/Reduction
Reactions

There are three main potential routes based on the fate of antibio-
tics in the environment; they can completely be eliminated by
microorganisms (bacteria, fungi, algae, etc.) or they can be
degraded partially, or they can persist in the environment. The
elimination process in nature can be biotic that is biodegradation
or abiotic which includes adsorption, hydrolysis, photolysis, ther-
molysis, oxidation /reduction reactions.

The fate of antibiotics in the environment depends on the
physicochemical properties of the compound and ongoing pro-
cesses, as well as on environmental factors (climate, pH, redox
condition, water, and sediment components) [22].

Antibiotics can be biodegraded by microorganisms in surface water,
groundwater, soil and sediments, sewage system. However, most of
the antibiotics are persistent to biodegradation, but some of them
used for human medicine are easily degradable [23].

Some antibiotics such as tetracyclines are eliminated by sorption
into soils and sediments, instead of biodegradation or photodegra-
dation, in nature. The efficiency of the sorption process depends on
the pH, organic matter concentration, minerals of soil and distri-
bution coefficient of a compound [23, 24].

Antibiotics can be also degraded by either photodegradation or
hydrolysis or thermolysis processes instead of biodegradation. In
photodegradation, light-sensitive antibiotics decompose as a con-
sequence of light exposure. Likewise, biodegradation and photo-
degradation, another elimination process, is hydrolysis that allows
the decomposition of antibiotics due to water instability [23, 25].

Advanced oxidation/reduction processes (AO/RPs) are basically
defined by the production of ® OH as an oxidant and either
hydrated electron (¢~ aq) or a hydrogen atom (H®) as reductants.
Relatively few studies have conducted about the degradation of
antibiotics by AOP oxidation, with the exception of photo-Fenton,
or UV /TiO, processes [206].
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3 Removal of Antibiotics in the WWTPs

3.1 Biological
Treatment Process

The major removal pathways of antibiotics at wastewater treatment
plant include adsorption, biodegradation, and oxidation processes.
In addition, other removal pathways, such as hydrolysis, photolysis,
and volatilization, may be neglected due to their insignificant role for
antibiotics reduction in wastewater treatment processes. The con-
ventional WWTP comprise primary treatment that used to eliminate
solid contents, the secondary treatment that commonly relies on the
biological processes for degradation of organic matters, and tertiary
also called advanced treatment includes nitrogen, phosphorus, and/
or other pollutants removal processes and disinfection by chlorina-
tion, ozonization, or ultraviolet irritation. The advanced treatment
step does not consist of WWTPs as usually [27-29].

The mechanism of the biological treatment depends on microbial
activity; they use organic compound and nutrients to gain energy
and as building blocks for their growth.

Despite activated sludge including high density and wide range
consortium of microorganisms, antibiotics cannot be efficiently
eliminated in biological treatment processes. The reason for the
poor treatment of antibiotics depends on the three major points:
(1) the relatively low concentration of antibiotics in the wastewater
leads to lack of enzymes that are responsible for biodegradation of
antibiotics, (2) inhibitory or toxic properties of antibiotics that can
stop the microorganism activity that is responsible for biodegrada-
tion, (3) properties of antibiotics, (4) operation conditions of
WWTP.

Many antibiotics have been considered resistant to biodegrada-
tion in the literature, but recent studies have shown that antibiotics
may be biodegradable under different operational conditions, such
as respirometric conditions (aerobic, anaerobic, anoxic, or their
combination), solid retention time (SRT), hydraulic retention
time (HRT) [19, 30, 31].

Moreover, while some antibiotics may be partially degraded,
most antibiotics such as ceftriaxone, ciprofloxacin, ofloxacin, met-
ronidazole, and trimethoprim are not biodegradable. Even if anti-
biotics can be biodegraded, its transformation compounds would
be more toxic and persistent than the parent compound, such as
sulfamethoxazole [2].

Additionally, many antibiotics and their transformation pro-
ducts have adverse effects on microbial community in the biological
systems such as aerobic/anaerobic degradation, nitrification, sul-
fate reduction, phosphate removal, etc. [15]. For example, in the
nitrification process, antibiotics such as ofloxacin and sulfamethox-
azole inhibit the microorganisms that are responsible for convert-
ing of nitrite to nitrate. Thus, nitrite nitrogen that is particularly
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3.2 Adsorption
Process

3.3 Advanced
Oxidation Processes

toxic to the system can be accumulated in the system. Similarly,
antibiotics such as benzylpenicillin and metronidazole can inhibit
the microbial activity of acetoclastic methanogens at the methano-
genesis phase of the anaerobic digestion [ 32 ]. Nevertheless, macro-
lides such as erythromycin have not any effect on biological
processes.

In addition to inhibitory effects of antibiotics, they also cause the
alteration of the microbial community in the activated sludge [33].

Adsorption is the process to accumulate compounds from liquid or
gas phase onto the surface of adsorbent by physical and /or chemi-
cal processes that allow removal, conditioning, and remediation of
organic and inorganic hazardous materials from wastewater. Anti-
biotics are eliminated with activated sludge and adsorbents such as
activated carbon, biochar, carbon nanotubes (CNT), clay mineral
(bentonite), and ions exchange resins in the adsorption process,
which is one of the most important and effective antibiotic treat-
ment methods. The efficiency of the adsorption process depends
upon the specific surface area (SSA), porosity, surface polarity, pore
diameter, physical shape and the functional group of adsorbent and
hydrophobicity, shape, charge, and size of the antibiotic. Further-
more, the initial concentration of antibiotics, the composition of
the wastewater, the temperature, and the pH are critical parameters
for the efficient adsorption process [27, 34].

In general, the adsorption process comprised of four main steps
that are [ 3]

1. The solute transport in bulk adsorbate action by the still liquid
film surrounding the adsorbent,

2. The film diffusion that is adsorbate transport along the film,

3. The pore diffusion that is adsorbate diffusion through the
porous structure to the active sites,

4. The adsorption interaction between adsorbate and porous
structure.

Many studies have been carried out on the removal of antibio-
tics by the adsorption process [35-37]. Macrolides, fluoroquino-
lones, trimethoprim, clindamycin, and amoxicillin are removed
substantially by adsorption, while erythromycin and roxithromycin
are partially eliminated [38]. Although the adsorption process is
essential for the removal of ciprofloxacin and tetracycline into the
activated sludge, sulfamethoxazole and trimethoprim cannot be
removed by this process [34].

Advanced oxidation processes (AOPs) have a broad range of meth-
ods for water and wastewater treatment. These methods such as
ozonation, chlorination, fenton oxidation, and ultraviolet irradiation
(UV) are based mainly on the use and generation of powerful
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transitory species, which are mainly the hydroxyl radical (-OH). One
of the powerful and effective oxidizing agents is hydroxyl radical that
leads to oxidation and mineralization of organic matter [39].

Up to now, many studies have been conducted on the removal
of antibiotics with AOPs. According to the result of these studies,
most of the antibiotic can be removed by AOPs. However, more
toxic and stable transformation products can be formed after.

Ozonation, one of the advanced oxidation processes, has been
widely used in wastewater treatment recently, although it has tradi-
tionally been used in drinking water treatment. Antibiotics can be
oxidized either by ozone (O3) or by hydroxyl radicals, throughout
the ozonation process.

Most of the sulfonamides, $-lactams, quinolones, tetracyclines,
lincosamides, trimethoprim, and macrolides can be degraded by
ozonation. However, the ozonation process can be critically
affected by pH that decreases the reaction rate and absorption
rate of ozone [39—41].

Fenton oxidation process relies on the metal (mainly iron)
catalyzed oxidation-reduction which is provided by oxidation of
many antibiotic classes such as quinolones, trimethoprim, tetracy-
clines, and B-lactams [27].

Chlorination is the most widely used disinfection system in the
world for disinfection of drinking water and wastewater discharge.
Studies have shown that chlorination removes not only pathogens
but also antibiotics such as roxithromycin, erythromycin, sulfa-
methoxazole, and trimethoprim [32]. Nevertheless, chlorination
causes more toxic and stable transformation products during anti-
biotic elimination [27, 32].

Ultraviolet (UV) disinfection process includes direct or indirect
photolytic degradation according to the occurrence of the adsor-
bent type. Tetracyclines and ciprofloxacin degrade completely by
UV, while penicillin is removed in very low efficiency (Alaton and
Dogruel, 2004). After all, UV disinfection is the most promising
process for antibiotic elimination in wastewater [27].

Traditional wastewater treatment procedures such as coagula-
tion, flocculation, filtration, and biological treatment do not ade-
quately remove antibiotics, so most antibiotics are discharged after
wastewater treatment. For this reason, ozonation, chlorination, fen-
ton oxidation, and ultraviolet irritation have been developed for
antibiotic removal. However, the removal of antibiotics in wastewa-
ter treatment plants is still an important research area since these
systems may require high energy and/or chemical and cause the
formation of more toxic and stable conversion products during the
elimination process. Therefore, since biological treatment processes
have low energy and chemical requirements, they are most promising
methods for the treatment of antibiotics in wastewater.
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4

Inhibition and Toxicity Tests

In general, antibiotics have adverse effects both on microbial com-
munity in WWTPs accordingly the treatment efficiency, and the
environment. These adverse effects may be inhibitory or toxic
effects. The inhibitory effects could be (1) competitive; the inhibi-
tor prevents binding of the substrate, (2) uncompetitive; the inhib-
itor prevents the conversion of the product by affecting the enzyme
substrate complex, (3) non-competitive; the inhibitor affects free
enzyme or the enzyme-inhibitor complex. The binding of the
inhibitor is reversible; however, if the enzyme has been made
inactive by the binding or if the bound inhibitor does not release,
then this is a case of toxicity and not inhibition [42]. Ecotoxicology
and toxicology tests have been developed to determine and evaluate
these inhibitory and toxic effects. In this chapter, inhibitory and
toxic effects of antibiotics on the microbial community during
biological wastewater treatment processes are evaluated.

Environmental toxicology tests are designed to use appropriate
organisms and sensitive effect measurements in a relevant organism
during a particular test period. Moreover, these are conducted to
establish a proper relationship between the biological effect and the
testing compound.

The type of the environmental toxicology tests can differ from
simple bio-tests to whole ecosystem assessment test, depending on
the aim and targeted end point of the test.

They can be designed on three general approaches by selecting
the endpoints starting from molecular level indicators to the lethality
of the test organism, and each has advantages and limitations [43].

Microcosm and mesocosm;, they can be defined so as to study the
effects in an experimental model ecosystem. Microcosms and meso-
cosms are multispecies toxicity tests modeling the real ecosystem.
Mesocosms are used to examine the natural environment in any
outdoor experiment while microcosms are used to model and
predict the behavior of natural ecosystems by artificial and simpli-
fied ecosystems.

In situ experiments: these examine the effects in a natural ecosys-
tem. In situ experiments include the observation of indicating organ-
isms existing naturally that is passive biomonitoring or placed by the
assessor into the environment that is also active biomonitoring.

Bioassays: this evaluates the effects to study in a controlled
laboratory experiment with a limited number of variables.

Bioassays are used to test acute and chronic toxicity, mutage-
nicity, carcinogenicity, teratogenicity, and repro-toxicity by simple
and single species laboratory test methods. Bioassays cannot stimu-
late reality in detail, but they represent one single organism, they
work with one single chemical substance or a known mixture. Even
though small amount of sample is used in bioassays, they are
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statistically relevant. In addition, they are easy to standardize
because they can be reproducible and comparable with multiple
numbers of replicates that may be tested at the same time [22].

Microbial bioassays can be used for environmental monitoring
by observing transformations, growth or mortality, respiration,
inhibition, and luminescence. Mostly, the microbial bioassays are
used to determine antibiotic adverse effects on microorganisms.
The method of microbial bioassay depends on antibiotic inhibition
of the growth strain of bacteria that grow on agar plates. Various
commercial microbial inhibition tests are common because they do
not require specialized equipment or harmful solvents and are easy
to implement at the same time.

However, the use of confirmatory techniques is always neces-
sary to cause of observed eftect cannot be conclusively attributed to
one chemical substance due to bioassays are often not specific for an
individual chemical substance. For this reason, the use of bioassays
for chemical monitoring is becoming increasingly doubtful. There-
fore, aquatic toxicology tests are used in recent studies.

Bioassays are used to determine the effect of a toxic compound
on an organism, whereas toxicity tests are used to find out the
concentration of the toxic compound. Nevertheless, these two
terms bioassay and toxicity tests are considered synonymously.

Historically, toxicity tests are conducted according to the following
systems: in vitro and in vivo screening level tests, short-term tests
with single species, long-term tests with single species, and then
tests with multispecies [17].

Most single species tests are conducted in the laboratory. These
tests can provide considerable information on the external and
internal concentrations of chemicals and exposure time that pro-
duce changes in mortality, growth, reproduction, pathology,
behavior, physiology, and biochemistry of organisms within spe-
cies. Nevertheless, the results are rarely used to evaluate the chemi-
cal effects on the biological organization [21].

Single-species tests easily provide the cause-and-effect relation-
ships because of the degree of control over laboratory conditions.
Also, these tests are straightforward and relatively simple to con-
duct. Moreover, these tests are carried out with individual species as
considered representative of broad classes of organisms, so that the
results provide toxicity effect of specific chemicals on different types
of organisms under given conditions. However, the effects
observed in the laboratory may not occur in the same way or to
the same degree at similar concentrations in the natural environ-
ment [43].

Adverse effects on microorganisms are induction or inhibition of
enzymes and/or enzyme systems and their associated functions.
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4.3 Description of
the Tests Methods

In determining the toxic and inhibitory effects of a new chemi-
cal on microorganisms, an acute toxicity test is the first conducted
to assess the average lethal concentration (LC50) of the compound
in the water to test organisms that are exposed. The LC50 is the
concentration estimated to produce mortality in 50% of a test
population over a particular period. The length of exposure is
usually 24-96 h, depending on the species. If effects other than
mortality are measured, the expression average effective concentra-
tion (EC50) is used, which is the concentration of a chemical
estimated to produce a specific effect such as behavioral or physio-
logical in 50% of a population of test species after a specified length
of exposure time (24 or 48 h) [21].

The aquatic toxicology test can be categorized according to expo-
sure time, test situation, and type of microorganisms to be tested.
The test may give information to determine no observed effect
concentration (NOEC) or no effect concentration. The NOEC is
the maximum concentration at which the test chemical is not
harmful to the tested microorganism compared to controls in a
specific test. In addition, the lowest observed effect concentration
(LOEC) or minimum threshold concentration (MTC) that is the
lowest concentration of the most toxic effect on microorganism
compared to controls in a specific test may also be derived. The
effects are considered as biological end points since they are vital to
the survival, growth, behavior, and perpetuation of a species. These
end points vary depending on the type of toxicity test being con-
ducted and the species used [18].

The measurement endpoints detected can be the properties of a
microorganism, the components of the test medium, or any sub-
strate, product or metabolite resulting from the activity of the test
microorganism [43].

Toxicity test end points may be:

— Growth, regarding cell number, mass production, a nitrogen
content of the cell mass, chlorophyll content, reproduction
— Survival or mortality, sometimes immobilization

— Respiration by monitoring O, consumption, CO, production
or measuring the enzyme activities of the respiratory (electron
transport) chain, as well as ATP production

— Luminescence

— Other enzyme activities as well as the decrease in the substrate of
the enzyme or increase in the product concentration

— Metabolites of biochemical processes

— Gene products such as RNAs and proteins

Biodegradation tests generally use the end points of
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— O3 consumption
— Substrate consumption

— Production of end products such as CO, or metabolites from
the tested substance.

The inhibitory or toxic effects of a compound can be classified
as acute (short-term) or chronic (long-term) effects.

Acute effects are those that arise quickly as a result of short-term
exposure to a chemical. The chemical is considered acute toxic if its
direct action is to inactivate 50% or more of the exposed population
of test organisms in a relatively short period, such as 96 h to
14 days.

Acute toxicity tests are designed to evaluate the relative toxicity
of'a chemical to selected microorganisms, which are not previously
exposed to the inhibitor, upon short-term exposure to various
concentrations of the test chemical. These tests may be conducted
as a time-dependently (length of time is predetermined to estimate
the 24 or 96 h LC50 or the 48 or 96 h EC50) or time-
independently (TI) (a duration is continuous until the toxic
response manifested) [17, 43].

Chronic or sub-chronic toxic effects may occur when the chemical
produces harmful effects as a result of a single exposure, but more
often they are a consequence of repeated or long-term exposures to
low levels of persistent chemicals, alone or in combination. Chronic
effects also may be lethal or sub-lethal.

Even if a chemical does not have adverse effects on microorgan-
isms in acute toxicity tests, it does not mean that the chemical is not
toxic to these species. In addition, chronic toxicity tests allow
evaluation of the possible adverse effects of the chemical under
conditions of long-term exposure at sub-lethal concentrations.
For these reasons, acute and chronic tests should be performed
together for accurate results [44].

Biodegradation is transformation and/or mineralization processes
of organic chemical compounds by microorganisms. Basically, there
are two types of biodegradation; (1) primary biodegradation is a
transformation of organic molecule to another organic chemical
compound, and (2) ultimate biodegradation is decomposition of an
organic chemical compound into CO,, H,O, and salts. Biodegrad-
ability of an organic molecule can be determined by standardized
tests such as ready biodegradability, inherent biodegradability, and
anaerobic biodegradability tests [45].

Mostly, the biodegradability of chemical is determined by the
standardized closed bottle tests (CBT) under laboratory condi-
tions. However, the low biomass concentration for inoculation,
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4.4 Aquatic

Toxicology Tests

44.1

Bacteria

high antibiotic concentration in the vessel, and long duration time
(28 or 40 days) result in the different biodegradability test results
for the same antibiotic [32].

Hundreds of microorganism species are used in standardized and
non-standardized toxicity test methods. The suitable test microor-
ganism should be selected according to the aim of the test cause of
specific effects that require selective indicator microorganisms such
as bacteria, algae, and protozoa. Even though International Standar-
dization Organization (ISO) defined the several species that are used
in toxicity tests, just bacteria are evaluated in this chapter [17, 46].

Bacteria are easy to use and rapidly growing organisms, which
enable test methods of good reproducibility and are considered to
be able to represent their taxa in a wide context. Also, they can be
used as toxicological indicator independently of their environmen-
tal role. Natural and laboratory strains, mutants, and genetically
modified bacteria or mixed cultures are also used to test toxicity of
both chemicals and environmental samples. Laboratory strains,
Vibrio fischeri or Azomonas agilis, are used as indicators to detect
adverse effects while natural strains are used as endangered species
or sensitive key factors of an ecosystem (responsible nitrogen fixa-
tion or biodegradation of oil spills and xenobiotics) or as the causes
of a hazard. Growth rate, metabolic activity, and metabolic pro-
ducts can be measured as endpoints [17].

Vibrio fischeri is a gram-negative rod-shaped, heterotrophic
bacterium found globally in the marine environment. It is predom-
inantly found in symbiosis with various marine animals. It is a
fundamental research organism for the examination of microbial
bioluminescence, quorum sensing, and bacterial-animal symbiosis.
In environmental toxicity testing, it is used test organism, based on
the correlation between light emission and toxic chemicals present.
The test using Vibrio fischeri is standardized (ISO 11348, 2007)
and this test organism—due to its wide range sensitivity and easy
laboratory use—is applied not only to a marine species, but also as a
generic test organism for any environmental sample: water, waste-
water, leachate, soil, sediment, solid waste, etc. [17].

Salmonelln typhimurinm is a gram-negative facultative anaerobic
bacterium of the family of Enterobacteriaceae, genus Salmonelin. It is
used in the Ames mutagenicity assay, a short-term bacterial reverse
mutation assay using histidine auxotroph Salmonella, which carries a
mutation in the genes of histidine synthesis [17].

Azomonas agilis is a gram-negative bacterium, motile with
peritrichous flagella, found in the water and wastewater. It is capa-
ble of fixing atmospheric nitrogen. It is a non-selective organism,
used in laboratory bioassays [17].
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Other bacteria, first, Escherichia coli and the coliforms, as well
as other environmental strains from the genus Psendomonas, Flavo-
bacteria, Gammaproteobacterin, Bacillus etc. are often used as test
organisms in laboratory bioassays.

4.5 Slandardized The mostly used test methods that are standardized by ISO, and

Test Methods

Table 1

OECD to analyze inhibition and toxicity effects of antibiotics on
wastewater are listed in Tables 1 and 2. These methods are

The most used OECD Toxicity test standards for aquatic toxicology (OECD 2014)

Test

guideline Test name Principle of the test method

OECD TG Daphnia sp., acute immobilization test In the acute immobilization test depends on a
202 variety of concentrations of the compound
(2004) investigated struggle varied degrees of toxic

effects on the swimming capability of Daphnia.
Certain concentrations result in certain
percentages of Daphnia being no longer
capable of swimming at 24 h but, the test can
be extended to 48 h if desired.

OECD TG Activated sludge, respiration inhibition Effects of substances on microorganisms within
209 test (carbon and ammonium activated sludge of WWTPs are assessed by
(2010) oxidation) measuring their respiration rate

OECD TG Determination of the inhibition of the  Predicts the likely effect of a test substance on
224 activity of anaerobic bacteria reduction of gas production from
(2007) anaerobically digesting sewage sludge

OECD DOC Die-Away That enables the screening of compounds for
301 A ready biodegradability in an aerobic aqueous

medium by dissolved organic carbon

OECD CO, evolution (Modified Sturm Test)  That allows the screening of compounds for
301 B ready biodegradability in an aerobic aqueous

medium by respirometry of CO, evaluation

OECD MITT (1) (Ministry of International That enables the screening of compounds for
301 C Trade and Industry, Japan) ready biodegradability in an aerobic aqueous

medium by respirometry of oxygen
consumption

OECD Closed bottle That permits the observing of compounds for
301 D ready biodegradability in an aerobic aqueous

medium by respirometry of dissolved oxygen

OECD Modified OECD screening That allows the monitoring of compounds for
301 E ready biodegradability in an aerobic aqueous

medium by dissolved organic carbon

OECD Manometric Respirometry That permits the monitoring of compounds for
301 F ready biodegradability in an aerobic aqueous

medium by oxygen consumption
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Table 2

The most used IS0 Toxicity test standards for aquatic toxicology (ISO 2013)

Test guideline

Test purpose

ISO 6341:2012

1SO 9509:2006

I1SO 10706:2000

ISO 10712:1995

ISO 11348-1:2007

ISO 11348-2:2007

I1SO 11348-3:2007

ISO 11350:2012

I1SO 13641-1:2003

I1SO 13641-2:2003

ISO 15522:1999

That uses for the detection of the inhibition of the mobility of Daphnia magna
Straus (Cladocera, Crustacea) - acute toxicity test

That uses for the detection of toxicity test for assessing the inhibition of
nitrification of activated sludge microorganisms

That uses for the detection of long-term toxicity of substances to Daphnia magna
Straus (Cladocera, Crustacea)

That uses for the detection of the inhibitory effect of surface, ground and
wastewater on Pseudomonas putida growth. The test called Pseudomonas
putida growth inhibition test (Pseudomonas cell multiplication inhibition test)

That uses for the detection of the inhibitory effect of water samples on the light
emission of Vibrio fischeri (Luminescent bacteria test)}—Part 1: Method using
freshly prepared bacteria

That uses for the detection of the inhibitory effect of water samples on the light
emission of Vibrio fischeri (Luminescent bacteria test)}—Part 2: Method using
liquid-dried bacteria

That uses for the detection of the inhibitory effect of water samples on the light
emission of Vibrio fischeri (Luminescent bacteria test)—Part 3: Method using
freeze-dried bacteria

That uses for the detection of the genotoxicity of water and wastewater—
Salmonella/microsome fluctuation test (Ames fluctuation test)

That uses for the detection of inhibition of biogas production of anaerobic
bacteria—Part 1: General test

That uses for the detection of inhibition of biogas production of anaerobic
bacteria—Part 2: Test for low biomass concentrations

That uses for the detection of the inhibitory effect of water constituents on the
growth of activated sludge microorganisms

established for the testing of dissolved chemical substances, surface
waters, wastewaters, leachate, and extracts or other waters of agri-
cultural or industrial origin. They can be used easily or in a modified
form for the testing of special liquid /solution samples. The aims of
testing the adverse effect both of chemicals dissolved in waters and
of the waters for different purposes may be fulfilled by the same test
design and test organism.

The OECD recommends validated test methods for character-
izing the fate and behavior as well as the effect of chemical sub-
stances for regulatory purposes. They comprehend tests for the
physical-chemical properties of compounds, human health and
environmental effects, degradation and accumulation in the envi-
ronment [47].
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The ISO test methods have been developed primarily for test-
ing the effect of environmental water samples, unlike OECD tests
that established for pure chemical substances dissolved in water.

In addition to toxicology tests, there are a number of standar-
dized bioassays to determine the biodegradability of a compound
and to examine its toxic and inhibitory effects. One of them is
biological methane potential (BMP), which is mainly used to evalu-
ate the efficiency of anaerobic digestion for a specific compound.
Also, the anaerobic toxicity assay (ATA) has been used to indicate the
toxic effects of the compound on methane production. These bioas-
says have been modified from ISO and ASTM toxicology tests [48].

All of these standardized or non-standardized tests have been
used for various antibiotic groups’ effects of toxic and inhibitory
influence on microorganisms, and their fate and degradation in the
WWTPs, and their effects on the environment after treatment.

5 Antibiotics Effects on Microbial Community at WWTPs

5.1 p-Lactams

Antibiotics can impact microbial communities in sewage systems,
negatively affecting the degradation processes and other main pro-
cesses such as nitrification, phosphate removal, and sulfate reduc-
tion [1]. If a wastewater containing antibiotics enters the biological
treatment plant, it may inactivate the activated sludge and the living
microorganisms which biodegrade the toxic components of the
wastewater. If the microflora is inhibited or inactivated, they cannot
fulfill their task, the wastewater treatment technology is malfunc-
tioning, and the organic contaminants in the water fail to be
degraded. Those antibiotics that cannot be degraded are present
in the effluent or are sorbed by the flocks and another form of
biofilms of the sewage sludge. However, all antibiotics have ditfer-
ent effects on the microbial community according to their chemical
properties, biodegradability rate, and concentration in the
wastewater.

B-lactams consist of amoxicillin, ampicillin, carbenicillin, cloxacillin,
penicillin, methicillin, cephalexin, cefprozil, cefuroxime, loracarbef,
which have different side chains of p-lactam ring. They are used for
wide range of infections, streptococcal infections. It is the most
commonly consumed class of the antibiotics for human medicine in
most countries [24]. The action mechanism of p-lactams is to bind
and inactivate enzymes required for bacterial cell wall synthesis
resulting in defective cell walls formation. The activity of glycopep-
tides polymer units of the cell wall is inhibited by these antibiotics.
Eventually this leads to lysis of the cells and death of the organism.
Because p-lactam antibiotics are hydrolyzed in the ambient pH and
temperature conditions, their concentrations in the environment
are low despite their large consumption rate. In addition, p-lactam
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5.2 Tetracyclines

rings can easily be affected by heat light, metal ions, oxidizing and
reducing agents, nucleophiles, and solvents [10].

Because p-lactams, including penicillins and cephalosporins,
have not been detected frequently in WWTPs, corresponding stud-
ies on their fate and transformation are limited. In addition, the f-
lactam ring is of low stability and can be a breakdown by f-lacta-
mase a widespread enzyme in bacteria or by chemical hydrolysis. As
aresult, intact penicillin compounds or all f-lactams do not occur in
the environment.

There are a lot of studies about biodegradability of penicillins,
such as 27% of benzylpenicillin were degraded in 28 days using the
Closed Bottle Test (OECD 301 D) [23]. On the other hand,
78-87% of the benzylpenicillin was degraded over 28 days under
aerobic conditions which are analyzed by OECD 302 B test. Also,
benzylpenicillin ultimate degradation was observed after 60 days
under anaerobic conditions by using ISO 11734 test standard [49].
The most frequently detected penicillins were Penicillin G, Penicil-
lin V, Amoxicillin, Ampicillin, Oxacillin, and Cloxacillin at influent
of WWTPs. The highest concentrations detected in influent as
13,800 ng/L and in effluent as 2000 ng/L as Penicillin V. For
cephalosporins, in total six types were detected with the highest
concentration of 64,000 ng/L as cephalexin. The value of
64,000 ng/L is the highest among concentrations of any antibiotic
detected in WWTPs and is extremely high for sewage samples.
Among these six antibiotics, cephalexin, cloxacillin, cefotaxime,
and cefaclor were most frequently detected while cephradine and
cefazolin were only detected once in effluent [50, 51].

Tetracyclines have natural and semi-synthetic groups of broad-
spectrum polyketide antibiotics which are primarily used to treat
infections of the respiratory tract due to Hemophilus influenzae,
Streprococcus pnenmoniae, Mycoplasma pnenwmoniae, sinuses, middle
ear, urinary tract, intestines, and gonorrhea by inhibiting the bac-
terial protein synthesis. However, they are currently used in humans
to treat skin disorders such as acne and rosacea, mostly. Although
tetracycline antibiotics have been developed for human and agri-
cultural medicine, they are mostly used for veterinary medicine.
They consist of an octrahydronaphtacene ring skeleton containing
four fused rings with various substitutions positions on the back-
bone [52,53]. Even though eight tetracycline antibiotics have been
developed for human use, animal agriculture, and poultry industry,
there are two main classes as oxytetracycline and chlortetracycline
which are widely used in the farm animal industry. Some of the
common tetracycline antibiotics include chlortetracycline, oxytet-
racycline, and tetracycline.

Tetracycline compounds can be found in surface water,
groundwater, sediments, soils, and manure at different concentra-
tions that are dependent on several factors including the type of
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medium, pH of the solution, and ion content of the matrix [54].
Only five tetracyclines were detected in WWTDPs with the highest
concentration of Doxycycline in the influent and tetracycline in the
effluent as 2210 ng/L and 1420 ng/L respectively [51, 55].

Due to the ability of tetracyclines to form stable complexes with
bivalent and trivalent cations, they absorb into sewage sludge with
little or no biodegradation during the wastewater treatment. As a
result, it is often determined in the soil, sediment, and sludge
instead of the aqueous matrix [10, 32].

Tetracyclines were mainly removed through adsorption due to
its chemical properties. Tetracycline of 10 ng/L was removed
rapidly in activated sludge process via adsorption with the removal
efficiency that was up to 95% in 6 h [56]. Moreover, operation
parameters such as HRT and SRT are the critical parameters for
removal efficiency of tetracyclines at WWTPs. Kim et al. (2005)
demonstrated the importance of SRT on removal efficiency of
tetracycline. In the study, the removal efficiency of tetracycline
was 78.4% at HRT: 7.4 h and SRT: 3 days, whereas it was 86.4%
at HRT: 24 h and SRT: 10 days [57].

Cetecioglu et al. (2014) conducted a study to determine bio-
degradation rate of tetracycline (TET) under various treatment
processes by using the modified OECD 311 protocol, and also to
examine the effects on the microbial community. According to the
result of the study, tetracycline cannot biodegrade under nitrate
and sulfate-reducing conditions, but partially (about 46%) biode-
graded under methanogenic conditions [33]. Also, sulfate-
reducing bacteria were inhibited by TET, while methanogens and
archaea were not affected by TET [33]. Nevertheless, another
study about biodegradation of tetracycline under anaerobic condi-
tions showed that TET can be degraded up to 91% [58].

The other study about effects of TET on microbial community
and activity of nitrifiers was conducted by Matos et al. (2014). The
study suggested that 50 pg/L of TET did not significantly affect
the removal of organic matter and nitrogen, but the microbial
community slightly shifted from 77.8% of Ammonia-oxidizing
bacteria (AOB) to 89.8% of Nitrobacter spp. [53].

Macrolides have a lactone ring that is modified with alkyl, ketone,
and hydroxyl groups, which are used to treat respiratory systems
and soft tissue infections by inhibiting the bacterial protein synthe-
sis. They are primarily bacteriostatic and are particularly effective
against gram-positive bacteria and also efficient against anaerobic
microorganisms [59]. Their action mechanism is to bind to the 508
subunit of the ribosome, inhibiting bacterial protein synthesis.
Common five macrolide antibiotics include erythromycin, tylo-
sin, spiramycin, roxithromycin with erythromycin—H,O as a
metabolite, are found in both influent and effluent at WWTPs all
over the world as a result of continuous and widespread
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consumption in both human and veterinary medicine, despite low
water solubility. In addition, macrolides can be detected in ground-
water and drinking water at high concentrations. Compared to the
other five macrolides, oleandomycin was only detected in a WWTP
in Australia at relatively low concentrations (20-190 ng/L in influ-
ent and 5-150 ng/L in effluent) [50].

As erythromycin can be hydrolyzed very fast, Erythromycin—
H,O can be detected more frequently in the environment rather
than parent compounds [1]. Erythromycin—H,O is the main
metabolite of erythromycin which is highly unstable under strong
acidic condition. Following erythromycin—H,O, roxithromycin,
clarithromycin, azithromycin, and tylosin were detected at
WWTPs. The highest concentration of the macrolides was
10,025 ng/L in influent and 4330 ng/L in effluent as
erythromycin—H,O at WWTP [10, 51].

Cetecioglu et al. (2015) analyzed the acute inhibitory effect of
erythromycin on the methanogenic activity in anaerobic digestion
of volatile fatty acids. The study showed that 500 mg erythromycin
per liter fully inactivated the methanogenic activity [60].

Macrolides cannot eliminate significantly in the biological
treatment process. For instance, 3 ng/L of clarithromycin was
not removed during 48 h in the activated sludge process [20].
Moreover, macrolides cannot eliminate via adsorption cause of
they have low adsorption potential.

Sulfonamides are synthetic broad spectrum antibiotics which are
used to treat bacterial and some fungal infections by competitively
inhibiting the conversion of p-aminobenzoic to dihydropteroate
which is needed by the bacteria for folic acid synthesis. Mainly,
sulfonamides have six main groups of antibiotics which are sulfa-
methoxazole, sulfamethazine, sulfapyridine, sulfadiazine, sulfanil-
amide, and sulfamethizole characterized by sulfonyl group
connected to an amine group. Nevertheless, 16 sulfonamides
were detected in WWTPs of Europe, North America, East Asia,
and Australia [1, 59].

Sulfonamides are the most common class of antibiotics used in
the pharmaceutical residue studies since they are widely used in
human and animal medicine and have a good analytical perfor-
mance for detection. Also, they can be found in the hospital effluent
at high concentrations [2, 61].

One of the major antibiotic in the sulfonamide class is sulfa-
methazine, also known as sulfadimidine, which is widely used to
treat food-producing animals. Another important sulfonamide
antibiotic is sulfamethoxazole that is used for the treatment of
urinary tract infections and effective against Streptococcus, Staphylo-
coccus auveus, Escherichin coli, Haemophilus influenza, and oral
anaerobes. The highest concentration of sulfamethoxazole was
detected in influent as 5597 ng/L and in effluent at 6000 ng/L
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at WWTP [62]. Also, a metabolite of sulfamethoxazole, N4-
acetylsulfamethoxazole which can be re-transformed to their active
parent compound was detected at WWTP [63].

Since the sulfonamides are polar compounds, they can be
sorbed to both soil organic matter and soil minerals. Even though
sulfonamides degradation occurred during storage in manure
lagoons, 40% and 60% of the initial concentrations of sulfametha-
zine and sulfathiazole, respectively, were found to remain in the
manure slurry after 5 weeks of storage [ 64 ]. Furthermore, using the
OECD Closed Bottle Test, 4% of sulfamethoxazole was degraded
in 28 days [23].

The elimination rates of sulfonamides in WWTDPs can be very
diverse. For example, three sulfonamides (sulfamethazine, sulfa-
methoxazole, and sulfathiazole) were biodegraded in activated
sludge after 3 days without adaptation phase [65]. However, sulfa-
methoxazole cannot be biodegraded after 40 days according to the
OECD 301 D Closed Bottle Test [23].

Ben et al. (2014) conducted a study to investigate fate and
behavior via adsorption of sulfonamides by using sulfamethazine
(SMN), in the activated sludge process for swine wastewater treat-
ment. They demonstrated that the operation conditions such as
MLSS, pH, and SRT significantly affect the adsorption process of
SMN into activated sludge. In this study, volatilization and hydro-
lysis processes did not affect SMN removal. However, SMN
completely adsorbed into activated sludge. As a result, the
biological activity of activated sludge was inhibited entirely [66].

Under anaerobic conditions, sulfamethoxazole concentrations
of up to 40 mg/L in the wastewater were biodegraded, whereas the
sulfamethoxazole concentration of 45 mg/L inhibited substrate/
COD removal and biogas production [67]. Furthermore, Cetecio-
glu et al. (2016) conducted research to investigate the effects of
sulfamethoxazole on microbial dynamics in anaerobic digestion.
The microbial community of anaerobic digestion has maintained
system stability even at high sulfamethoxazole concentrations in
long-term operation [68].

Quinolones are polar, mostly atmospheric and low water solubility
at neutral pH (6-8) broad spectrum antibiotics that result from
their chemical structure that contains two fused rings with a ketone
group and carboxylic acid. They are generally used for both gram-
negative and gram-positive bacteria, the action mechanism depends
on exhibiting bactericidal activity by deactivating of DNA gyrase
and topoisomerase which are essential enzymes for the replication
of bacterial DNA [14].

Fluoroquinolones are a sub-group of quinolones with a
fluorine-substituted central ring. In aquatic systems, fluoroquino-
lones are susceptible to photodegradation [1].



50 Zeynep Cetecioglu and Merve Atasoy

5.6 Others

The quinolones are one of the extensively used antibiotics
worldwide. Twelve groups of antibiotics from four generations,
two lst generation ones (pipemidic acid and nalidixic acid), eight
2nd generation ones, and two 4th generation ones (moxifloxacin
and gatifloxacin) were determined at high concentrations in hospi-
tal effluents and WWTPs influents [10, 32]. Even though these
antibiotic classes are most widely detected in WWTP influents and
effluents, there are also other quinolone groups such as trimetho-
prim, thiamphenicol, chloramphenicol, lincomycin, and
clindamycin.

The dominant removal pathway for quinolones is secondary
treatment via adsorption rather than biodegradation [69]. By this
way, 85% of ciprofloxacin, 75% of ofloxacin, and 87% of norfloxacin
were removed at WWTPs [56]. In addition, the removal efficiency
of COD in activated sludge was decreased while nitrification pro-
cess was not affected due to the concentration of ciprofloxacin [70].

The half-life of ciprofloxacin in surface water is slightly short, at
about 2 h as it is rapidly photodegraded. Using the OECD Closed
Bottle Test, ofloxacin was not degraded while about 5% of amoxi-
cillin was found to be degraded in 28 days [23]. A study by Gartiser
et al. (2007) showed that between 11 and 63% of amoxicillin was
biodegraded in 28 days using the OECD 302 D test while ofloxacin
was not degraded [49].

In addition to these antibiotic classes, there is also a different type of
antibiotics such as aminoglycosides, glycopeptides, chlorampheni-
col, and clindamycin which can be found in influent and effluent of
WWTPs, rarely.

Aminoglycosides include a hexose nucleus linkage a glycoside
which has two or more amino sugars, resulted by their extremely
polar and basic character. Although the use of aminoglycosides is
restricted 