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EXECUTIVE SUMMARY 

R.F. FoUett and J.L. Hatfield 

Nitrogen (N) is among the most important elements required in agricultural systems to 
produce food and to supply protein for the increasingly larger World population. The amount of N 
required increases directly in response to the requirement for protein in the diets of growing 
population numbers. World population is projected to increase from current levels of about 6.1 to 
nearly 8 billion people during the next 25 years, and the requirement for N inputs will increase 
accordingly to meet these growing dietary protein requirements. Countries such as China are rapidly 
increasing the use of N fertilizer as a result of their large population and an increased demand for 
dietary protein. Such trends must be expected and planned for in many other parts of the World with 
growing populations, increased demands for dietary protein, and improved living standards. This 
book holistically describes the topic of N in the environment, the sources of N and the issues 
associated with its management. Twenty chapters were prepared by fifty authors who provide an 
extensive scientific and literature documentation of the issues. 

Section 1: Background and Importance of Nitrogen 

Within this Section, chapters have been prepared that provide a historical background and the 
basis whereby issues of N in the environment must be approached. To begin to address the potential 
needs and consequences of the increase in N inputs that will be required and their real and potential 
impacts upon the environment, it is necessary that policy makers, industry, the public, and producers 
be aware of the emerging issues. These issues will require a strategy that encompasses both policy 
and science over the next decades in order to develop viable solutions. It will be important that a 
multidisciplinary approach be used to address the wide array of issues. Policymakers, joined by 
experts from many disciplines that can address both the agricultural production as well as the 
environmental issues, and other interested stakeholders must become increasingly engaged in a 
sustained discussion to address the multifaceted issue that are involved. 

Evaluation of the transport and fate of N through agricultural systems must be done within 
the concept of the N cycle. In order to develop strategies that improve the efficiency of N-fertilizer 
use, reduce the transport and flow of N through agricultural systems, improve N-use efficiency, and 
that benefit farming and livestock operations, the flow of N needs to be budgeted as it is followed 
through the pathways of the N cycle at farm, watershed, basin, and even larger scales. The 
Introductory Section includes chapters on the importance of N to crop quality and health, the role of 
major crops as a source of amino acids, human nutrition and health issues, and the necessity of N 
and dietary protein. Growing human populations are the driving force that requires increased 
production of dietary protein and more N inputs into crop production systems, but results in 
increased N losses into surface and groundwater resources, emissions of N compounds into the 
atmosphere, and livestock and human-excretory N contributions into the environment. 



Section 2: Water Quality 

The Section on water quality has five chapters beginning with the chapter on drainage and 
subsurface drains. Subsurface drainage is a common water management practice in highly 
productive agricultural areas with poorly drained soils that have seasonally perched water tables or 
shallow groundwater. This management practice increases crop productivity, reduces risk, and 
improves economic returns to crop producers. Such practices are also a source of N to surface 
waters. Information presented in this chapter clearly shows the value of long-term drainage research 
conducted across a wide range of soil, crop, and climatic conditions when attempting to improve N 
management, reduce nitrate losses, and influence policy making. The second chapter in this section 
(Chapter 6) discusses the occurrence of N in groundwater beneath agricultural systems and is 
presented by examining the factors influencing aquifer vulnerability to N contamination, and by 
characterizing the geographic distribution of groundwater contamination by N. Factors that 
influence aquifer vulnerability are presented in the context of exposure to N sources from general 
agricultural systems and hydrologic conditions that facilitate transfer of those sources to 
groundwater. This analysis focuses on the occurrence of nitrate in the United States because data are 
readily available on many variables needed for such an analysis. Chapter 7 extends the discussion of 
the transport of N to the role of watersheds. By considering N transport over a range of spatial and 
temporal scales, it is possible to improve understanding of the factors affecting the fate of N in 
watersheds, including the effects of land use and N sources (point, nonpoint, agricultural, urban, 
organic, and inorganic), N transformations (mineralization, nitrification, denitrification, and 
immobilization), and transport mechanisms (runoff, percolation to ground water, and ground water 
transport). Knowledge of the variability in N transport in relation to these factors is critical to 
developing and implementing effective strategies for mitigating unacceptably high N inputs to 
receiving waters. The scope is limited to technical issues of flow and chemistry of fixed (i.e., 
biologically reactive) organic and inorganic N forms in watersheds and the chapter concludes with a 
discussion of the results of empirical modeling methods that have been used to separate the effects of 
N supply and loss processes and estimate the fate of N sources in watersheds. 

Chapter 8 provides an overview of the present state of N pollution in European streams, rivers and 
lakes from diffuse sources of N and measures that need to be developed to protect drinking water 
supplies and maintain the environmental quality of rivers, lakes and coastal waters. Elevated 
riverine N loading has been associated with increased primary production and nuisance algal growth 
in coastal zones and semi-enclosed and enclosed areas of European seas. Knowledge of the fate of 
the riverine N transport (mostly as nitrate) is important for allowing accurate estimations of N 
emissions and the resulting net escape to the open sea. Hence, quantification of the transformation of 
nitrate under anoxic conditions into nitrous oxide (N2O) and N2 gases in rivers, lakes, wetlands and 
estuaries is an important issue. Even though a high proportion of total anthropogenic N loading to 
the aquatic environment is from agriculture, reducing such inputs may be difficult for both technical 
and political reasons. Another approach, besides reduction of N loading at the source, that appears 
to hold considerable promise is to introduce measures to reduce the level of N by reinstating 
formerly drained lakes and wetlands in which the potential for nitrate removal through 
denitrification normally is high as high nitrate waters flow through them. 



The final chapter in this section (Chapter 9) discusses N effects on coastal marine environments. 
Riverine and atmospheric enrichments, combined with burgeoning coastal zone populations of 
humans and their associated land use changes and wastewater releases, make coastal systems a 
frontline receiving system for much of the enormous global N enrichment that is occurring. This 
chapter emphasizes that we do know much about coastal eutrophication and the "proliferation of 
[autotrophic] cells." There has been strong progress made in connecting inputs, concentrations, and 
effects of N on coastal waters. But the author emphasizes that the stimulation of some of the most 
undesired cells (e.g. toxic dinoflagellates) or the precise point at which adverse secondary 
consequences of cell proliferation will occur in any given system cannot yet be predicted nor is there 
yet a good generalized and quantitative description of adverse effects of N loading, in part because 
of the wide variety of coastal systems. Increased loading of coastal systems over the past few 
decades indicate many individual system's limits have been passed and oxygen-depleted, mortality-
inducing conditions are resulting. More subtle effects than fish kills occur, so there are related 
fundamental questions: when and where does N stimulate undesired species changes or wholesale 
food web shifts? The state of knowledge does not yet provide sufficient answers so that critical 
protective N limits can be set for many systems. 

Section 3: Atmospheric Effects 

The third section of this book on atmospheric effects has three chapters. Chapter 10 addresses 
livestock farming systems, which on a global scale contribute -70% and -30% to the total 
anthropogenic emissions into the atmosphere of ammonia and nitrous oxide (N2O), respectively. 
Chapter 10 discusses the origin and controlling factors of gaseous N emissions from livestock 
farming, uncertainty in the estimates, and possible measures that may be taken to decrease these 
emissions. Chapter 11 addresses the role of industrial, automobile and food production systems as 
important contributors to local, regional and global NH3, NOx (NO + NO2) and N2O budgets through 
the emissions mainly of NOx and NH3 via the atmosphere and release of nitrate into surface and 
groundwaters. These reactive N species are highly mobile and may cross national boundaries and be 
deposited as NOy and NHx or nitrate far from their source. Emissions into the atmosphere serve to 
redistribute fixed N to local and regional aquatic and terrestrial ecosystems that otherwise may be 
disconnected from the sources of the N gases. Emission of NOx contributes to local elevated ozone 
concentrations while emission of N2O contributes to global greenhouse gas accumulation and to 
stratospheric ozone depletion. Gaseous redistribution of N has and is having profound impacts on 
the quality of terrestrial and aquatic ecosystems and on the atmosphere. Deposition of N can 
stimulate productivity inN-limited grasslands, forests and aquatic systems. Chapter 12 discusses the 
impact of N deposition on forest ecosystems. The author considers forest litter and soil systems that 
typically interact with vegetation to form "closed" N cycles in which annual rates of plant N uptake 
per unit area approximately balance annual N returns to the forest floors and soil as litter and root 
material. Increased N emission and deposition that occur and are projected to continue into the 
future across more of Earth's surface, serve to diminish the degree of N limitation of forest growth, 
alter forest community composition, change plant-soil interactions, and open forest N cycles. Thus 
N deposition has implications not only for forests, but also for the atmosphere and for ecosystems 
that receive nutrient outputs from forests. This chapter summarizes research addressing the 



influences of N deposition on forest N cycles and on forest ecosystem structure and function 
including the acidification and eutrophication of aquatic systems and to forest decline. 

Section 4: Emerging Prediction and Management Technologies 

Section 4 in this book has six chapters that describe various emerging, prediction, and 
management technologies to help minimize and control impacts of N in the environment. 
Opportunity for improvement at the farm level largely lies with technologies that enable timely, 
quick, and accurate measurement of the spatial variability of crop yield potential, soil N availability, 
and within season indication of crop N health. Soil N excess and deficiency often exist on the same 
field. Thus, it is variability in space and time of processes that regulate availability of N to plants 
and fate of N in soil that make predictive technologies and precision N management attractive. 
Chapter 13 considers on-farm technologies and practices to improve efficiency of N use in 
agricultural production systems and the authors review the tools currently available, or are becoming 
available, to help producers make better N management decisions. Soil and crop measurements are 
considered and compared. Nonetheless, "on-farm" implies that producers will be at the center of 
implementing these changes. Prerequisites for grower adoption requires that technologies and 
practices be reliable, incur minimal additional expense (time and equipment), and integrate with ease 
into current operations. When these criteria cannot be met, external incentives (e.g., regulation, 
private or government cost sharing programs, etc.) may be necessary. The next three chapters 
discuss the use of computer models as one of the tools to assist with on-farm management decisions 
to aid in improving efficiency of N use from livestock manures (Chapter 14), for water quality 
prediction and protection and use of best management practices of crop production (Chapter 15), and 
N prediction models for greenhouse gas emissions (Chapter 16). The authors of Chapter 14 identify 
that increasingly crop and livestock producers will be required to develop nutrient management 
plans to demonstrate that their operations have sufficient cropland area, seasonal land availability, 
manure storage capacity, and application equipment to manage animal manures, commercial 
fertilizers, and other land-applied nutrient resources in an environmentally responsible manner. 
Computer software has been and will continue to be used to help develop these plans. New nutrient 
management planning software needs to increasingly address the temporal and spatial nature of 
nutrient management, provide ways to accommodate regional areas and changing regulatory 
reporting requirements, utilize national databases and standards, and take advantage of modern 
software technologies. The authors of Chapter 15 discuss how potential scenarios for cropping 
system, N, and/or water management should be developed in cooperation with local producer, 
commodity, and action agency groups. Comparisons among simulations of various management 
scenarios should be done taking into account uncertainty in the results obtained from calibration and 
validation studies. Potential differences should be targeted when selecting management scenarios to 
test with models. Much progress is occurring to develop computer modeling to describe gaseous 
N2O emissions. The authors of Chapter 16 describe how simulations are being used primarily to 
explore how N2O gas emissions respond to changes in land management, soil texture, and 
precipitation; they describe how annual N2O emissions can be reliably simulated for some native and 
managed systems. They conclude that mitigation of N gas losses from soils is strongly dependent on 



IX 

land management but that generalizations based solely on soil N and water inputs are likely to be 
limited because soil texture, SOM levels, and timing of management practices are also important. 

Chapters 17 and 18 address the important issue of the remediation of high-nitrate drinking 
water supplies for rural and urban populations, respectively. Contamination can result from a 
number of activities. More intensive crop production has caused a continuing increase of nitrates 
derived from animal wastes or fertilizers deposited over many years on agricultural soils and which 
migrate slowly downward through the overlying soils to aquifers or by overland and interflow 
processes to surface waters that are used as drinking water supplies. Chapter 17 discusses how 
reverse osmosis, ion exchange, and distillation can be used in home systems to remove nitrate from 
raw water. Reverse osmosis and distillation are small point-of-use systems that provide water for 
cooking and drinking. In the future, "bio-barriers" might be used to protect a well from a 
contaminated aquifer or to protect an aquifer used for drinking water from a source of nitrate 
pollution. Above ground denitrification reactors might be used to provide nitrate-free water to rural 
communities in the not too distant future. Chapter 18 describes how, for most cities where high-
nitrate drinking water supplies exist, establishing alternate supplies of source water is the most cost-
effective alternative. Generally, nitrates are a problem in surface or shallow ground water supplies. 
Drilling a new, deeper well, may also be an alternative for some cities. The author of Chapter 18 
describes the alternative used for the city of Des Moines Water Works to serve approximately 
350,000 people. Nitrate concentrations from their traditional water supplies had risen to where the 
use of those supplies was no longer feasible. Feasibility studies found that ion exchange, using a 
strong anion resin, was the most desirable treatment process. The ion exchange process was 
implemented and is being successfully used. 

Section 5: Economic and Policy Issues 

Section 5 in this book has two chapters to address the economic and policy issues. These 
chapters strongly address issues related to agriculture. In Chapter 19 the authors point out that users 
of N (farmers) live not only in biophysical space but also in social space. It is pointed out that 
salient social and biophysical processes are not random in space or time. Inappropriate behaviors at 
vulnerable locations or times create many of the "problems" that policy and research agendas are 
oriented toward today. This situation of "disproportionality" provides a warning that there is not a 
universal policy or technical solution to these problems. The authors argue that patterns and 
processes must first be described and measured before seeking explanation and prediction. This 
chapter contributes toward that objective by describing how concepts such as scale and context apply 
to the management of N by farmers. Novel approaches are suggested and illustrated to measure 
these concepts in space because social and biophysical data occur along a continuum of differing 
scales, and are often incompatible because one or the other was measured at a finer or coarser scale. 

Chapter 20 addresses new policy directions. The author contends that advances in linking 
the science of ecology with economics and the development of agro-environmental modeling 
systems will require they be coupled with new information technology, thus suggesting that new 
public policy approaches may well need to reward agricultural producers for providing ecological 
services to also advance the social and economic agendas of the public and of policy makers. Such a 
model to simulate complex relationships between agricultural land management practices, economic 



costs, and environmental impacts also allows for commoditization of services, and the possibility of 
new markets. Markets, however, require clarity regarding property rights to what is traded. 
Government needs to define what it is that is traded and with the use of these models, help establish 
who owns the product of the services (as well as who is liable for nonperformance of service and the 
extent of liability in many cases), and establish conditions for monitoring and enforcement where the 
primary beneficiary of the service is the public. 

Finally, to those who are concerned with the environmental, policy, or economic issues, the 
editors hope that all will recognize that agriculture, as a business, is conducted outdoors and each 
year faces considerable risk and adversity as a result of the vagaries of climate. Depending upon 
location and year, climatic vagaries can include regional heat waves, droughts, severe storms, and/or 
flooding. From an economic perspective, the purpose for the use of N in agriculture is to increase 
crop yields, improve the economic return realized by the producer, and foremost to meet human 
needs for food and dietary protein. To address the issue of N in the environment, which is in fact 
increasingly becoming a complex societal (and global) problem, will require a sustained dialogue 
among policymakers, scientists, practitioners, and affected stakeholders. The interaction of 
scientists and policymakers, in particular, often does not occur in a regular or orderly manner to help 
benefit policymaking. In general, the more complex the problem is, which may require legislative 
solutions, the longer and more deliberative must be the process to craft the legislation. In the case of 
issues with a complex scientific underpinning, such as the issues associated with N in the 
environment, the deliberative process will undoubtedly require a thorough, thoughtftil interface 
between scientists, who tend to speak in terms of 'uncertainties', and policymakers, who seek the 
bottom-line 'certainties' necessary to create good policy and prudent laws. 
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Nitrogen (N) along with carbon is the most complex and crucial of the elements 
essential for life. Supplementing grain and grass forage crops with organic and inorganic 
fertilizers has long been recognized as a key to improving crop yields and economic returns. 
Nitrogen is the most widely utilized plant nutrient in fertilizers and is a major component of 
animal manures. Nitrogen compounds also have been recognized for their many potential 
adverse impacts on the environment and health. 

From 1850 to 1980, biological scientists concentrated on unraveling the biological and 
physical-chemical intricacies of N. We now know the paths of its comings and goings, the 
route it takes as it moves, at rates varying from milliseconds to centuries, through nature's 
compartments (atmosphere, soil, water, and living matter) and the interactions of N with 
various elements. We know as well as its oxidation/reduction status under varying 
environmental conditions. But nature, in its clever way, has kept science from tracking 
precisely the actual ledger of this whimsical element and curiously of predicting the impact of 
N on the environment when it accumulates at levels far above that for which stable ecosystems 
have adapted. 

Many ecological problems occur when N is separated from its most common partner, 
carbon (Asner et al. 1997). Nitrification, denitrification, nitrous oxide formation, leaching of 
nitrate, and volatilization of ammonia are fates of the "mobile" N atom. Effects within the 
environment vary with the N form. The atmosphere might receive more nitrous oxide than it 
can assimilate, resulting in stratospheric ozone destruction. Combined N in the atmosphere and 
precipitation fertilizes natural ecosystems resulting in lowered biodiversity, stress, and N 
leakage, while acidity from nitric oxide and ammonia oxidation depletes ecosystems of bases 
and results in acid lakes and declining health of forests. 

Lakes, coastal waters, and estuaries overloaded with biologically available N, produce 
organic materials in abundance. The N atom gets connected to carbon, but the unwanted effects 
of excess growth and subsequent decay create anaerobic conditions. Nitrogen is widely 
regarded as responsible for the hypoxia (low oxygen) zone in the Gulf of Mexico that is 
currently concerning ecologists and conservationists as well as those financially dependent on 
fish and shrimp catches. Decaying organic matter removes oxygen, changing the ecology and 
productivity of the bottom waters in a large area of the Gulf Productive agricultural regions of 
the Central U. S. are the major source of the nitrate to the Gulf 

Can the N cycle be managed to avoid some of the problems N generates? Given the 
world's needs for food, the great ability of annual grains to produce the needed food (and animal 
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feed), and the relatively cheapness of N fertilizer due to undervalued energy, change on the 
larger scale does not seem to be forthcoming. The UK and Western Europe have adopted strict 
manure and fertilizer application regulations with stiff fines for failing to adhere to the 
regulations. Other countries, including the U. S. and Canada, have relied on education and 
demonstration programs to lessen environmental effects from excess fertilizer N use. Iowa and 
some other states in the U. S. have had some modest success at decreasing N fertilizer use 
through research and education projects. However, ground water quality measurements in Iowa 
have shown little long term change in nitrate concentrations illustrating again the problems of 
second guessing the N cycle. 

The "solutions" to the issues on environmental effects of N will involve looking beyond 
the edge effects to redesigning agriculture in ways that will "tighten up" the N cycle and that 
will provide for N sinks such as grasslands and wetlands. To do this, policies will need to be 
developed that assure farmer and the public that such measures will not cost productivity, and 
that a redesigned agriculture can provide for future food needs. Turning back is not possible. 
The road ahead will demand a level of innovation of agricultural research and development of 
new agriculture systems. 

1. THE NITROGEN CYCLE 

AZOT, the German word for N, was the subject of ancient philosophers. AZOT is 
believed to be formed from the ancient scientific alphabets, A (the beginning of scientific Latin 
Greek and Hebrew) and zet, omega and tov, the last letters of these alphabets. The term 
"saltpeter" came from the association of nitrate salts with the salt of the earth or the salt of 
fertility. Potassium nitrate was manufactured for gunpowder in the 14* century. By the 1650's 
Johannes Rudolph Glauber spoke of'nitrum' as the "soul" or "embryo" of saltpeter. He states, 
"It is like a wingless bird that flies day and night without rest; it penetrated between all the 
elements and carries with it the spirit of life -from nitrum are originated minerals, plants and 
animals. (It) never perishes; it only changes its form; it enters the bodies of animals in the form 
of food and then is excreted. It is thus returned to the soil, from which part of it again rises into 
the air with vapors, and hence it is again among the elements." The N cycle was never better 
described even though this was 3 1/2 centuries ago. (Much of the material for this paragraph 
originated from Vorhees and Lipman, (1907); Waksman, (1952); and Harmsen and 
Kolenbrander, (1965). 

Nitrium was the subject of numerous other early authors. In the 1780's Cavendish 
discovered that the inert gas of air would combine with oxygen to give oxides. The stage was 
set for the linkage of the lifeless AZOT and saltpeter. The French scientist, Boussingault, who 
many regard as the founder of modern agrochemistry, did this with the sand culture research 
during the 1830's to 1860's. He deduced that the fertilizing properties of manures came from 
the ammonium formed in the soil and that ammonium was taken up by the plant root 
(Waksman, 1952; Bums and Hardy, 1975). 

Research during the 1880 to 1910 period revealed many basic reactions of the N cycle 
and set the stage for five decades of vigorous and detailed N cycle studies. Schloessing first 
demonstrated denitrification in 1868. Gayon and Dupetite reported their research on 
denitrification in 1882 and coined the term at that time (see Payne, 1981). Davy, in 1813, first 
attributed the beneficial effects of legumes to soil AZOT. While Boussingault quantified this 



benefit, Liebig was not convinced and hence the classical experiments of Lawes, Gilbert, and 
Pugh were established at Rothamsted in 1857. Unfortunately their sterile sand experiments 
destroyed the Rhizobium population and it was not until the late 1880's and early 1890's that 
biological N fixation was confirmed by Hellriegel and Wilfarath. Beijerinck isolated Rhizobia 
in 1888 and Azotobacter in 1901. Winogradsky identified Clostridium in 1890. Bums and 
Hardy, (1975) reported much of this history of N research. 

Nitrification received much study during the early 1900's on the belief that nitrate was 
the dominant form of N used by plants. King and Whitson, (1902) at Wisconsin conducted 
some excellent research on the effects of environmental variables on the rate of nitrification. 
Their research also examined the effects of cropping on profile nitrate concentrations and 
leaching of nitrate. The use of a nitrification test to measure soil fertility was proposed, tested, 
and abandoned. Heterotrophic nitrification was identified and following the acceptance in 1926 
of two-electron shifts during sequential oxidation, research began on determining nitrification 
intermediates. Allison identified the first nitrification inhibitors, the cyanamides, in the 1920's. 
During this time denitrification received little attention. In 1910, Beijerinck and Minkman, and 
Suzuki in 1912, concluded that nitric oxide and nitrous oxide were obligatory intermediates in 
denitrification and that organic matter was the major electron donor (see Alexander, 1955 and 
Stevenson, 1965). Waksman and Starkey, (1931) dismissed denitrification as of little economic 
importance. However, (Allison, 1955) in a seminal review, pointed out that nitrogen balances 
are never obtained in field and lysimeter experiments 

Mineralization and immobilization were recognized as important reactions but most 
scientists looked at these as separate rather than coupled transformations. Much time was spent 
evaluating the fertilizer values of manures and compost (e.g., Blair, 1917). Methods for 
identification of organic forms of N were developed and extracellular enzymes were 
recognized. Conrad (1940) identified extracellular soil urease. Soil tests to estimate N 
availability by the rate of ammonium formation in incubated samples were first studied at about 
the turn of the century. The first modem "N Cycle" was probably the one published in 1913 by 
Lohnis (see Lohnis, 1926). The concepts he proposed are valid today. Blair, in 1917, presented 
a more ecosystem-oriented N cycle, including abiotic reactions. Science has spent the last 84 
years on the details of the N cycle in various soils and cropping systems. 

1.1 The N Fertilizer Era 
By 1921 a manufacturing plant using the Haber-Bosch process for synthesis of 

ammonia was operating in the U. S. Synthetic ammonia plants were not widely used until the 
WW II munitions plants were converted to ammonium nitrate fertilizer plants. Most important 
was the Tennessee Valley Authority (TVA) complex at Muscle Shoals, Alabama that was 
completed just as WW II was ending. Until 1945, Chilean nitrate, ammonium nitrate, and 
ammonium sulfate were the major inorganic fertilizers. 

1.2 Historical and Current Trends in N Fertilizer Use 
The availability of relatively cheap ammonia-based fertilizers marked a significant 

change in the way N was supplied in agriculture. However, replacement of traditional N 
sources for crops by fertilizer N proceeded slowly until the early 1960's. The TVA began a 
demonstration program in the late 1940's to facilitate information on proper N fertilizer use and 
established a state of the art research facility at its Muscle Shoals, Alabama facility. 



Cooperative research programs in key U. S. agricultural colleges also helped forward the TVA 
research program and enabled scientists to fund research and graduate students in the areas of N 
fertilizer use and N cycle reactions. This cadre of soil chemists and biochemists made up the 
bulk of the research community in N cycle reactions during the 1950-1970 era. The senior 
author was privileged to share in this particular period. It was an era never to be repeated, one 
full of excitement, enthusiasm, and accomplishments in understanding the N cycle. Annual 
cooperators meetings at Muscle Shoals were events to be treasured because of the sharing of 
research ideas, results, and philosophy. This program accomplished the goal of increasing N 
fertilizer use. Nitrogen fertilizer use became the mainstay of modem World agriculture. Some 
now feel that the overemphasis on fertilizer to increase crop yields came at the expense of 
sound ecological farming approaches (e.g., Kjaergaard, 1995; Moffat, 1999; Keeney and 
Muller, 2000). By the 1960's, fertilizer use in agricultural regions such as the Midwest Com 
Belt began a marked increase. An example is the sales values for Iowa (Figure 1). 

Iowa Nitrogen Fertilizer 

Figure 1. Nitrogen fertilizer applied in Iowa per year from 1945 through 1998. 

Although N fertilizer consumption rapidly increased, N from animal manures did not 
show a concurrent reduction. For example, in the U. S. annual production of N from all animal 
sources has ranged from 5.7 Mt (Million Metric tons) in 1982,5.6 Mt in 1987 and 1992 and 5.9 
Mt in 1997 (Kellog et al., 2000). Total N from manures are relatively small compared to 
fertilizer sources, the move to concentrated animal feeding operations has resulted in high N 
outputs in local areas. 

2. MODERN N CYCLE RESEARCH 

The 1945-1980 period was marked by a spectacular increase in research activity on all 
facets of N in agriculture. The mass spectrometer developed for the Manhattan project was 



subsequently used for innovative •̂ N research. The application of '̂ N isotope methods by 
Bremner, Burris, Broadbent, and Norman, in the late 1940's and 1950's demonstrated the 
tremendous power of stable isotope research. The National Fertilizer Development Center at 
TVA was established in the mid-1950's. This center aided greatly in development and 
application of '̂ N methods in agricultural research. Many other analytical methods were 
improved, some were automated and others were developed. Sensitive gas chromatographic 
methods for identification of gaseous intermediates of nitrification and denitrification facilitated 
research on these reactions. Computer technology was sufficient by the early 1970's to permit 
construction of sophisticated, mathematical models of the N cycle. 

Table 1. Nitrogen fertilizer consumption (Mt) N in the World, United States, and China, 
1961-1998. 

Year 
1961 
1965 
1970 
1975 
1980 
1985 
1990 
1995 
1998 

World 
11.588 
19.097 
31.756 
44.420 
60.776 
69.830 
77.246 
77.905 
82.421 

United States 
3.057 
4.832 
7.363 
9.445 
10.817 
9.457 
10.047 
11.161 
11.281 

China | 
544 

1.832 
3.369 
5.039 
12.112 
13.650 
19.450 
23.382 
22.446 

FAO, 2000 

The use of'^N permitted renewed emphasis on mineralization-immobilization research. 
Researchers included Bartholomew, Broadbent, Bremner, Harmeson, Hauck, Jansson, 
Jenkinson, Paul, Perrson, and Van Schreven. Bremner clarified the denitrification process, and 
developed many methods for analysis of '̂ N. Jannson, (1958) identified the central role of 
ammonium in mineralization-immobilization. Major reviews by Harmesen and Van Schreven, 
(1955), Bartholomew and Clark, (1965) and Jansson and Persson, (1982) and Stevenson, (1982) 
set the stage for current concepts of mineralization-immobilization. Jansson and Persson's 
review solidified their concepts of the universal N cycle. Major advances in nitrification 
pathway research were the establishment of nitrous oxide as a byproduct of ammonium 
oxidation and the development of commercial nitrification and urease inhibitors. 
Denitrification research was expanded with discovery that acetylene blocked nitrification as 
well as nitrous oxide reduction. The interest in nitrous oxide in ozone destruction and as a 
greenhouse gas gave impetus to studies to quantify its output from various agricultural and 
natural ecosystems. 

By the early 1980s breakthrough research on N was largely complete. Nitrogen research 
moved out of the public eye. Nitrogen fertility research continued on a site and crop specific 
basis, but less attention was paid to environmental issues. In a recycling of issues, N is now 
gaining new attention as new environmental problems come to the forefront and old issues 
resurface. And world food problems remain. 



3. THE ISSUES 

Nitrogen from anthropogenic sources, including fertilizers, biological N fixation, 
ammonia volatilization, combustion, and activities that bring N from long term storage pools 
such as forests have been estimated by several groups to be close to the same order of 
magnitude as the N from natural (pre industrial) sources (Vitousek et al., 1997), (Table 2). 
This doubling of the available N pool worldwide has many implications. While most N issues 
are local and thus the global N cycle would not seem applicable, many issues have regional or 
global implications. 

Excess N in rivers, lakes and groundwater can be toxic to humans and causes water 
quality problems in natural water systems (Hallberg and Keeney, 1993). Excess N in the 
estuaries of the oceans enhances growth of aquatic organisms to the point that they affect water 
quality and lower dissolved oxygen levels (Rabalais et al., 1996; Downing, 1999; Howarth, 
2000). This affects the metabolism and growth of oxygen requiring species, causing a 
condition referred to as hypoxia (Rabalais et al., 1996; Downing, 1999). Nitrogen in the 
atmosphere comes from emission of ammonia from human activities such as feedlots (Jackson 
et al., 2000) and from combustion sources. This N contributes, as nitric acid, to acid rain, 
damaging lakes, rivers, and forests. In land ecosystems, excess atmospheric N may enhance 
growth of exotic species or accelerate growth of trees, causing disruption of ecosystem 
ftinctions (Vitousek et al., 1997; Jordan and Weller, 1996) such as over-fertilizing natural 
grasslands and lakes (Keeney, 1997). 

Table 2. Estimates of global nitrogen fixation (MMt of N) 
(extrapolated from Vitousek et al., 1997). 

Source 
Legume crops 
Fossil ftiel emissions 
Fertilizer 
Total 
Natural N fixation 

1960 
30 
10 
20 
60 
80-130 

1990 
40 
15 
80 
145 
80-130 

3.1 Water Quality 
Numerous studies, summarized by Hallberg (1989) and Keeney (1989) have 

documented the large increase in nitrate in ground waters in the U.S. relative to pre-industrial 
levels. Natural background levels commonly are less than 2 mg nitrate-N/L while agricultural 
areas often exhibit seasonal concentrations greater than 10 mg/L especially in tile drained 
regions (Randall and Mulla, 1998). The numerous sources and sinks of nitrate make evaluation 
and control of sources difficult and hence establishment of policies and groundwater protection 
goals are controversial and often unproductive. Hallberg's (1989) review points out the 
interaction of ground and surface water systems, particularly those that impact shallow ground 
waters. Vitousek et al. (1997) summarized accumulation of N in surface waters, particularly 
riverine systems, but also estuaries. For example, Howarth et al. (2000) estimated that riverine 



fluxes from lands surrounding the North Atlantic Ocean have increased from pre-industrial 
times by 2- to 20-fold. 

3.2 Health Issues 
Methemoglobinemia was first recognized by Comley (1945) who related infant illnesses 

to nitrate-contaminated private wells in Iowa. Nitrate can be reduced to nitrite in the digestive 
tract and the nitrite interferes with oxygen transport in the blood. The main health effect is with 
infants. The U. S. health standard (maximum contaminant level, MCL) of 10 mg/L of nitrate-N 
was established by the United States Environmental Protection Agency (U.S. EPA) in 1977 as a 
safeguard against infantile methemoglobinemia (Kross et al., 1992). Ground water is the 
primary water source of concern and many potable ground water supplies, especially those in 
rural areas of productive agriculture, are above the MCL (Hallberg and Keeney, 1993). For 
example, a recent study showed that in the early 1990's 18% of Iowa private water supply wells 
had nitrate-N levels above 10 mg/L (Kross et al., 1992). 

Several infant illnesses and deaths from consumption of high nitrate waters have been 
documented and while the numbers are small, there is also concern about sub clinical exposure 
and under reporting of deaths and illnesses because the problems often occur in rural areas 
(Kross et al., 1992). Often rural water supplies are also high in bacterial pathogens and the 
ensuing gastric illnesses may complicate the effects of nitrate. Few government agencies 
enforce remedial actions for private water supplies, but most European countries and the U.S. 
EPA require actions if municipal supplies are above the MCL. This has forced some 
municipalities such as Des Moines, Iowa to install expensive nitrate removal plants that operate 
only when the MCL gets close to the maximum concentration. New health risk policies set by 
the U.S. EPA in 1995 that evaluate risk to infants and children separately from adults may raise 
new concerns about the health risks of nitrate in potable water (Meyer, 1995). 

Recently a researcher for the National Institutes of Health (Avery, 1999) suggested that 
nitrate toxicity was not a problem because no cases of methemoglobinemia had occurred 
recently. He also suggested that nitrate was beneficial to human health because of internal 
formation of nitrous oxide. He proposed increasing the MCL to 20 mg/L. Recently, Knobeloch 
et al. (2000) reported occurrence of blue baby syndrome in two Wisconsin households served 
by private water wells. They stated that their findings could not support Avery's conclusions. 
A review of risks of nitrate to humans (Wilson et al., 1999) points out that nitrate exposure 
could cause not only methemoglobinemia but also diabetes and cancer. Yet Addiscott (1999) in 
summarizing the series of papers in the Wilson et al., (1999) book provides some support for 
Avery's view that nitrite in stomach would be beneficial for control of pathogens and may be a 
natural defense mechanism in humans. 

4. ENVIRONMENTAL ISSUES 

4.1 Surface water quality and ecology 
Phytoplankton and vascular plant growth in surface waters is limited by numerous 

factors, just as is growth of land-based plants. However, complications in assessing limiting 
factors, especially nutrients, arise because of the dynamic nature of surface waters relative to 
inputs, seasonal changes, turbidity that limits light penetration and differing nutrient and 
environmental requirements of phytoplankton and algae. In most instances, a moderate amount 
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of growth will support a healthy food chain including fish, shrimp, etc. Undesirable effects of 
excessive growth, most often a result of the decay of the excessive plant growth that consumes 
oxygen at a higher rate than it is replenished will result in low to zero oxygen levels, especially 
in bottom waters of lakes and estuaries. High levels of algae or aquatic plants also impair use 
of water for recreational or industrial purposes. 

Fresh water bodies differ from estuaries in their requirements for N and phosphorus (P) 
relative to excessive growth. Fresh waters almost always are limited by P (Correll 1998) while 
coastal zones and estuaries, which have the bulk of the biological activity in the oceans, usually 
are N and perhaps Si (for diatom growth) limited (Rabalias et al., 1996). Hence, much attention 
has been paid to N management to improve water quality in important estuaries such as the 
Gulf of Mexico and the Chesapeake Bay on the Atlantic coast of the US. 

Addressing control of nitrate sources at the estuary level is much more difficult than 
smaller watersheds because of the large geographical area involved. The number of point and 
nonpoint sources of nitrate is many, control of nonpoint sources cannot be done through 
regulations, and N, being so pervasive, is very hard to manage. An example of the difficulty is 
an evaluation of nitrate concentrations in the Des Moines River from 1945, before N fertilizers 
were used in the highly productive agriculture watershed, through 1980's, when the watershed 
was predominantly row crops (corn and soybeans) and N fertilizer use was high (Keeney and 
DeLuca 1993). The results indicated that the yearly flow-weighted average nitrate-N (about 7 
mg/L) changed insignificantly over the 40 years of monitoring. This in spite of large increases 
in fertilizer N use and in row crops. Nitrate concentrations did relate directly to yearly 
precipitation; however, being highest during years of high flow. These results indicate that 
highly productive, tile drained watersheds such as the Des Moines River, have large reservoirs 
of N in the soil organic matter and that the mineralization-immobilization processes dominate 
the output. Denitrification, the most likely control mechanism for nitrate removal, has been 
minimized by tile drainage (that shunts the nitrate directly to drainage ditches rather than 
allowing it to flow overland) and by removal of almost all of the wetlands, the primary N sink 
aside from the annual com crop. 

4.2 Hypoxia in the Gulf of Mexico 
Many papers and opinion pieces have discussed the current state of agriculture in the 

Upper Mississippi River Basin (drainage above Cairo, IL-refer to Brezonik et al, 1999 for a 
more complete description). Mollisols (soils formed under prairie in till and loess and high in 
organic matter and clay but with poor internal drainage) dominate but there are also Alfisols 
(soils formed under mixed prairie and forest) that have high clay subhorizons and lower 
amounts of organic matter and clay in the surface horizons. These soils are highly productive 
but have poor internal drainage. Subsurface tile drainage of soils in this region is necessary for 
crop production. Com and soybean require a well-drained warm soil for optimum growth. But 
water moves so slowly downward to the water table that soils in the spring are often too wet 
and cold to be planted to com or soybean in a timely manner. If a porous tile (farmers now use 
perforated plastic pipe) is placed below the seasonal water table, water flows to the tile by the 
force of gravity. Tiles are placed so that water flows to larger collector tile and finally to open 
ditches. Tile drainage short circuits the natural drainage pattern and effectively flushes nitrate 
out of the soil before it is either denitrified or leached to the water table. The tile drainage 
systems thus become a major source of nitrate to surface water (Randall and Mulla, 1998). 
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Before habitation, this nitrate would have been denitrified in wetlands and ponds, or taken up 
by prairie grasses. Effectively, human intervention has allowed the agricultural N cycle to 
change markedly from its natural state. 

Five states (Illinois, Indiana, Iowa, Ohio, and Minnesota) comprise the heart of the Com 
Belt and will be referred to as the Upper Mississippi River Basin (UMRB). They have the 
greatest amount of artificially drained soil, the highest percentage of total land in agriculture 
(com and soybean) and the highest use of N fertilizers in the nation. The region has abundant 
precipitation most years for crop growth and only rarely suffers from major yield declines 
because of drought. 

Data analyzed by Goolsby et al (1999) showed that the UMRB generates about 19% of 
the flow but 43% of the nitrate load to the Mississippi River basin. Two states, Iowa and 
Illinois, provide 16% and 19% of the nitrate, respectively. These two states have the most 
intensive com-soybean cropping systems, the most productive soils, and the highest total N 
fertilizer use. 

The UMRB basin is the most productive agricultural regions in the world. Total N 
output to the Gulf of Mexico has increased 3 to 7-fold compared to outputs before settlement 
(Downing 1999). The tributary rivers have been straightened and dams have been installed on 
the Mississippi River and many of its major tributaries. Industrialization at the mouth of the 
river has diminished wetlands and added to the pollutant load. 

The apparent result of the dramatic increase in N input to the Gulf of Mexico has been a 
major change in the ecology of the Gulf (Rabalais et al., 1996, Downing, 1999). Higher 
productivity of phytoplankton because of increased nutrient input has provided more organic 
residue from dead cells. This has led to increased oxygen consumption during decomposition 
of the material. The result has been the development of an extensive region of oxygen 
deficiency (less than 2 mg/liter of dissolved oxygen, commonly referred to as hypoxia). This 
level of dissolved oxygen is below the threshold for survival of most aquatic organisms, hence 
the popular term, "dead zone". The zone runs roughly directly west from Louisiana to Texas 
and is the third largest hypoxia zone in the world (Downing, 1999). The area varies between 
12,000 to 18,000 square kilometers in mid-summer during normal rainfall to high years, but is 
smaller during drought years (Downing, 1999). For example, it was only about 5,000 square 
kilometers in June of 2000 because of low rainfall in the basin. 

Goolsby et al., (1999) recently examined the nitrate loads to the Gulf of Mexico from 
the Mississippi and Atchafalaya Rivers. Their resuhs indicated that since 1985, the amount of 
N released to the Gulf has been more or less constant, varying directly in proportion to the 
streamflow. Streamflow is related to land drainage. In normal and wet years, much of the 
excess nitrate (that is nitrate that has not been denitrified or used by plants) is leached from the 
soil profile. In dry years, it is retained, but in wet years profile drainage leaches nitrate to the 
tile systems before it can be used by the com crop (Randall and Mulla, 1998; Brezonik et al., 
1999). 

Nitrogen fertilizer use and manure production has been approximately constant in the 
basin over the past 15 years. The increasing yields of corn and soybean without additional 
fertilizer N implies a more efficient N use by the cropping system. Frequently the soil system is 
sufficiently high in available N that nitrogen-fixing legumes are not active. Quantification of N 
cycling at the basin level is not a simple balance sheet process. 
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5. ECOLOGICAL ISSUES 

The large increase in mobile N worldwide has had many other significant ecological 
effects, many so subtle that they are not noticed at the public or policy maker level (Vitousek et 
al., 1996). Modem day activities ranging from industry to agriculture to land clearing has 
increased the rate of release of several N gases in trace amounts, including nitrous oxide, nitric 
oxide, and ammonia. Fossil fuel combustion is the major source of nitric oxide, which is a 
causative effect of photochemical smog and high levels of troposphere ozone. Further 
oxidation of nitric oxide gives rise to nitric acid, a major component of acid rain now that sulfur 
emissions have been lowered. Nitrous oxide has been implicated in stratospheric ozone 
destruction, leading to increased ultraviolet light at the Earth's surface, and as a major 
contributor to greenhouse gases. Ammonia has a fairly short retention time in the lower 
atmosphere, but will cause significant fertilization effects on N-limited ecosystems such as 
prairies, forests, and waters, increasing biological productivity and lowering biodiversity 
(Vitousek et al., 1996). 

The concept of N saturation (Aber, 1992) has been introduced to explain ecosystem 
changes that occur in forests. A fully N saturated system will be one that has a net zero 
retention of N, that is, carbon storage through primary productivity is nil. These systems leakN 
to the environment rather than being net sinks as they were in unaltered ecosystems. The same 
concept can be applied to other natural ecosystems. 

Nitrogen contributes significantly to ecosystem acidity by direct deposition of nitric 
acid, by oxidation of ammonium, and by leaching of cations, especially calcium, from soils. 
Landscapes that are poorly buffered, that is with soils that are already acid or have low 
exchange capacities, and whose ecosystems are N saturated will lose cations rapidly. Plant 
growth, species diversity, and water quality are adversely affected. 

6. NITROGEN AND SUSTAINABLE HUMAN ACTIVITY 

By 2020, the world will have added another 2.3 billion people (equivalent to another 
China) (Rosegrant and Livemash, 1996). Population control can do little to stop this trend, 
only slow its steady rise. Food production, particularly in Asia but also in Africa, must 
intensify. Green revolution strategies which worked well to offset earlier food stresses likely 
will be hard to repeat for several reasons: 1) They work well in countries with an established 
infrastructure, e.g., roads, educated workers, and credit, and these countries are among the list 
of those now largely self sufficient in food; 2) The international research centers no longer have 
the funding available or the political support to help develop and transfer new technologies; and 
3) New germplasm to take advantage of current technologies, including fertilizer and pesticides, 
is difficult to obtain. Grain production for meat production continues to take precedence over 
that grown for food. A related issue is the declining land under irrigation due to urbanization, 
salinization, and other demands for water. 

There are at least three distinct schools of thought on how to meet world food needs in 
the next century. One is to press for high yield, high input agriculture (Avery, 1995). 
Rosegrant and Livemash (1996) echo the opinions of others that agricultural intensification has 
imposed heavy environmental costs in many developing countries. Lester Brown and the 
WorldWatch Institute (Brown, 1995) present a pessimistic scenario, somewhat like that of 
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Kendall and Pimentel (1994). These groups feel that rapidly expanding populations, poor land 
use decisions, environmental degradation, and demands for a changing lifestyle will move the 
world to a bidding war for available food within the next 2 to 3 decades. Somewhere in the 
middle are calls for moderation in our views of the future policies and practices. The 
challenges for equitable production and availability of food even the next 25 years will require 
concentrated large scale efforts in both developed and developing countries to upgrade 
agricultural research and extension, improve the policy environment, and to remain committed 
to further improvements in agricultural technologies. 

7. FOOD PRODUCTION AND NITROGEN FERTILIZERS 

The above discussion on world food needs perhaps digresses from the main topic of the 
paper, but yet is critical to our decisions as a society and as scientists regarding where N fits in 
the overall scheme of world food production, global environmental issues, and our collective 
futures. Fertilizer N use in the developed world is stable or declining on a per hectare basis. 
This is not reflected in yields, showing clearly that earlier inefficiencies in fertilizer N use can 
be overcome even without clear economic or political pressures. Some of our efforts must 
concentrate on increasing fertilizer N efficiency (e.g., use of nitrification inhibitors, precision 
farming, other efficiency technologies). Even more bold approaches involving plant as well as 
management alternatives are needed. But it is critically important to spend more of our 
intellectual capital developing new systems and redesigning the ones we have. What are the 
"more sustainable technologies?" It is up to us to ask these questions and to find the answers. 

Market forces will dominate land use and agricultural management decisions in 
developed countries in the foreseeable future barring unforeseen catastrophes. Grain will 
continue to be the major farm commodity, and N fertilizers will be essential. Nitrogen fertilizer 
efficiency improvements will be widely heralded, particularly if the price of N fertilizers rises 
as might be expected in an energy-short future. Further plant breeding efforts should be applied 
to developing highly efficient grains. System science can be applied even in grain growing 
regions of the world to develop approaches that tighten up the N cycle through combinations of 
legumes, perennials, and annuals. Efficient use of animal manure must increase. Land use that 
provides N sinks, such as including wetlands and overflow regions for runoff rather than short-
circuiting the hydrologic cycle through tile drainage will be major policy decisions of the 
future. Property rights issues will need to be solved to advance land use planning to minimize 
N pollution. In the long term, N fixing legume perennial grains might be one solution. 

8. REGULATORY AND EDUCATIONAL APPROACHES 

The use of regulatory approaches to modify human behavior can have some success, 
particularly when the activities being regulated are outside the bounds of society's desires. 
Europe for example has had some success using rules and stiff fines to modify fertilizer and 
animal waste use. Educational programs are important to change the way farmers manage N in 
their farms. A concerted effort by Iowa educators has helped lower N fertilizer use by about 
20% over the past decade (Hallberg, 1996). However, these approaches work best when profits 
are also shown to increase. 
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9. OTHER HUMAN ACTIVITIES 

This has been addressed to some extent earlier and is included again to emphasize that 
more than agriculture is involved in solving the recurring issues of N in the environment. 
Emissions from autos and industry must be addressed as part of the ozone, smog, and acid rain 
issue. Land use is critical. Development now takes our best agricultural lands as well as lands 
critical to environmental stability. The way we build and populate landscapes must be 
reassessed. 

10. ARE THERE SOLUTIONS? 

This review attempts to broaden the perspective on N in the environment beyond that of 
agriculture and crop production. The issues are major, and are recurring. Some are recycled 
and some are new, brought on by advances in science and monitoring that increased our 
awareness (e.g., hypoxia) and some are new because ecosystems are now showing stress that 
they were able to overcome earlier (global climate change, acid rain, ecosystem degradation). 
The issues may ebb and flow, but they will not go away. Perhaps as a society wide spread 
dissemination of knowledge, open and informed discussion at world forums, and consensus on 
appropriate actions is called for. Technical solutions are the domain of the scientist, but such 
solutions must fit the world needs for a sustainable future. 
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Nitrogen (N) is ubiquitous in the environment. It is one of the most important nutrients 
and is required for the survival of all living things. It is also central to the production of all crop 
plants. Nitrogen accounts for 78% of the atmosphere as elemental dinitrogen (N2) gas. 
Elemental N2 gas is inert, does not impact envirormiental quality, and is not directly available for 
plant uptake and metabolism. The purpose of this chapter is to review the fate and transport 
processes for N in agricultural systems. Some of the most mobile substances found in the soil-
plant-atmosphere system contain N and the need to understand N transport and transformations 
in the environment has been the subject of several reviews (Follett, 1989; Follett et al., 1991; 
Hallberg, 1987, 1989; Keeney, 1982, 1989; Laegreid, et al, 1999; Mosier, et al., 1998; and 
Power and Schepers, 1989). Nitrogen represents the nutrient most applied to agricultural land. 
This is because available soil-N supplies are often inadequate for optimum crop production and 
because commercial fertilizer, manures, and other sources of N are generally easily and 
economically applied. An important consideration is to keep applied and residual sources of N 
within the soil-crop system by curtailing transport processes (leaching, runoff, erosion, and 
gaseous losses) that carry N into the surrounding envirormient. The objective is to lower the rate 
and duration of the loss processes themselves. Practices and concepts that lessen the opportunity 
for loss processes to occur help decrease the amount of N that may be lost. In some cases 
improved efficiency is achieved by using less N and in other cases it can be achieved by 
increasing plant growth while using the same amount of N input. The fate and transport of N 
from any of the various sources from which it may enter the environment must always be 
considered in the context of the N cycle. Often a N budget, or mass balance, approach is needed 
to understand the options to minimize and/or mitigate the environmental impacts of N that may 
occur and to improve N management in farming and livestock systems. 

1. NITROGEN TRANSFORMATIONS 

I.l. Biological nitrogen fixation 
Through the process of biological nitrogen fixation (BNF), symbiotic and nonsymbiotic 

organisms can fix atmospheric N2 gas into organic N forms (Figure 1). A few living organisms 
are able to utilize molecular N2 gas from the atmosphere. The best knovm of these are the 
symbiotic Rhizobia (legume bacteria), nonsymbiotic free-living bacteria such as Azotobacter and 
Clostridium, and blue-green algae. Generally, in a symbiotic relationship, one organism contains 
chlorophyll and uses light energy to produce carbohydrates. The other organism receives some 
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of the carbohydrates and uses them as an energy source to enzymatically fix atmospheric N2 into 
the ammonia (NH3) form of N and thence into amino acids and other nitrogenous compounds 
that are nutritionally useful to the chlorophyll containing organism. To agriculture, the most 
important type of BNF is symbiotic fixation by legumes (i.e. alfalfa, clovers, peas, beans, etc.). 
Follett et al. (1987) estimated that leguminous crops were returning about 700 Gg N yr"̂  of 
symbiotically fixed N to cropland soils in the U.S. and the amount may now reasonably be more 
than 1000 Gg N yr'^ Global N fixation estimates from the use of legumes in agriculture were 
recently reported as 40,000 Gg N yf' (Laegreid et al,, 1999; from various sources). Even though 
fixed N resulting from BNF is initially within the non-symbiotic or symbiotic organism/plant 
system; the fate, transport and entry of this N into the environment must also be considered in the 
context of the N cycle. 
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Figure 1. The Nitrogen cycle 



19 

1.2. Immobilization and mobilization of soil nitrogen 
Nitrogen taken up by plants from the soil originates from indigenous organic and 

inorganic forms. Organic N occurs naturally as part of the soil's organic matter fraction; it can 
also be added to the soil from manure, symbiotic and nonsymbiotic biological N fixation, plant 
residues, and from other sources. Soil microorganisms and their activities are an integral part of 
immobilization and mineralization processes in soil (Figure 1); soil-organic N can be 
transformed to ammonium (NH4 )̂ by the process of ammonification. Inorganic (mineral) forms 
of N include NH4^ or nitrate (NOs'), both readily taken up by crops, and nitrite (NO2") that occurs 
as an intermediate form during mineralization of NH4^ to NO3". Even though NH4^ is the 
preferred form, microbes in soil can convert either NH4"̂  or NO3" to satisfy their need for N, a 
process called immobilization. Immobilization of NO2' and NO3' back to organic forms of N can 
also occur through enzymatic activities associated with plant or microbial N uptake and N 
utilization processes. Microbes and soil animals use organic matter in soil as food and excrete 
nutrients in excess of their own needs. When NH4^ is released, it is called mineralization. When 
oxygen is present, microbes in the soil can readily transform NH4^ to NO3' with NO2' as an 
intermediate form, a process called nitrification. This is a fairly rapid process that, under aerobic 
conditions, can be completed in a few days. Although NO2" can potentially accumulate in soils 
under some conditions, it usually does not because it is rapidly transformed to NO3' as part of the 
nitrification process or else it is denitrified. 

1.3. Gaseous transformations 

1.3.1. Ammonia volatilization 
Ammonium ions in the soil solution enter into an equilibrium reaction with NH3 in the 

soil solution. The soil solution NH3 is, in turn, subject to gaseous loss to the atmosphere. Soil 
pH and concentration of NH4"̂  in the soil solution are important factors affecting the amount of 
NH3 loss to the atmosphere. As soil pH increases, the fraction of soil-solution NH4^ plus soil-
solution NH3 in the NH3 form increases by an order of magnitude for every unit of pH above 6.0; 
thus, increasing the loss of soil-solution NH3 to the atmosphere. As summarized by Stevenson 
(1986), NH3 volatilization: 

1. Is of most importance on calcareous soils, especially as soil pH exceeds 7; 
2. Losses increase with temperature and can be appreciable for neutral or alkaline soil as 

they dry out; 
3. Is greater in soils of low CEC, such as sands; 
4. Losses can be high when high N organic wastes, such as manure, are permitted to 

decompose on the soil surface; 
5. Losses are high from urea applied to grass or pasture as a result of hydrolysis of the 

urea to NH3 by indigenous urease enzyme; and 
6. Losses of soil and fertilizer N are decreased by growing plants. 

Anhydrous, or gaseous, NH3 is a very important direct-application N fertilizer. Gaseous NH3, 
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when in contact with moist soil, dissolves in, and reacts with, soil water to form NH4'̂  and OH" 
ions. The pH is increased dramatically immediately around the application zone of anhydrous 
NH3. Therefore, depending upon buffering capacity of the soil and the resulting soil pH, an 
equilibrium is approached between soil solution NH4^ and NH3 in the soil solution and gaseous 
NH3. If anhydrous NH3 is placed in dry soil or at too shallow a depth, the NH3 is also subject to 
volatilization. However, the N that is in NH4^ form is readily sorbed to the CEC of the soil. 

1.3.2. Denitrification 
As organic matter in soil decomposes, first NH4 ,̂ then NO2' and finally NO3" ions are 

formed by the process of nitrification (Figure 1). Nitrite usually does not accumulate in soils 
because it is rapidly transformed to NO3' or is denitrified to N 2 gas, nitrous oxide (N 2O), nitric 
oxide (NO), or one of the other gaseous N oxide (NOx) compounds. Nitrate can also be lost to 
the atmosphere through the denitrification processes. Nitrous oxide is a product of incomplete 
denitrification, is a greenhouse gas that contributes to global climate change, and potentially to 
thinning of the ozone layer. Not only denitrification (a reductive process), but also the oxidative 
process of nitrification causes emission of a small amount of N2O (Tortoso and Hutchinson, 
1990). However, denitrification is the route for most losses of gaseous N compounds to the 
atmosphere. The potential for denitrification is increased as oxygen levels in the soil decreases. 
Under favorable environmental conditions, Nitrosomonas spp. bacteria in the soil readily 
transform NH4^ to NO2' that in turn is transformed by Nitrobacter spp. bacteria to NO3" (Figure 
1). The small quantity of N2O produced during nitrification of NH4^ in aerobic soils is a direct 
metabolic product of chemoautotrophic NH4^-oxidizing bacteria or results from other soil 
processes dependent upon these organisms as a source of NO2' (Tortoso and Hutchinson, 1990). 

Table 1 
Factors affecting the proportion of N2O and N2 produced during denitrification 

Factor Will increase N2O/N2 

[NO3'] or [NO2"] Increasing oxidant 

[O2] Increasing O2 

Carbon Decreasing C availability 

PH Decreasing pH 

[H2S] Increasing sulfide 

Temperature Decreasing temperature 

Enzyme status Low N2O reductase activity 
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Biogenic production in soil is the principle source of atmospheric N2O. In addition, 
several factors affect the ratio of N20 to N2 during denitrification (Table 1). Anaerobic soil 
processes, rather than nitrification (an aerobic process) are the principle biogenic sources of 
atmospheric N2O (Freney et al., 1979; Goodroad and Keeney, 1984; Klemedtsson et al., 1988). 
Dinitrification is a bacterial process, during which NOa" or NO2" are reduced to gaseous N 
species NO, N2O or N2, and is capable of producing and consuming N2O and NO. Nitrate is 
reduced first to NO2', then to NO, next to N2O and finally to N2 (Eq. 1). 

NO 
T 

NOs' -> N02" -^ PC] ^ N2O -^ N2 (Equation 1) 

The general conditions required for denitrification to occur include: (a) presence of 
bacteria possessing the metabolic capacity; (b) availability of suitable reductants such as organic 
C; (c) restriction of O2 availability; (d) availability of N oxides, NO3", NO, or N2O (Firestone and 
Davidson, 1989; Klemedtsson et al., 1988; Mosier, this volume). Either the N H / or NO3" form 
can potentially contribute to the release of N2O to the atmosphere, especially where excess NO3" 
accumulates in the soil profile and is available for denitrification. Because N2O is the 
greenhouse gas of concern, the proportion of N2O produced relative to N2 under denitrifying 
conditions becomes of special concern. A number of factors affect the proportion of N2O to N2, 
A model by Betlach and Tiedje (1981) predicts accumulation of N2O whenever one of the factors 
shown in Table 1 slows the rate of overall reduction. 

2. TERRESTRIAL TRANSPORT AND RELATED PROCESSES 

2.L Fertilizer and manure 
For highly-water soluble compounds with NH4 as part of their chemical formula (Table 

2), the NH4"̂  cation can be sorbed to the CEC, incorporated (fixed) into clay and other complexes 
within the soil, released by weathering back into the available mineral pool, or immobilized into 
organic form by soil microbial processes. Ammonium that is associated with soil colloids can be 
transported into surface water during water or wind erosion of soil or, under certain conditions, 
can volatilize into the atmosphere as NH3 gas and be aerially transported across the landscape, 
including into surface water. Gaseous NH3 often is returned to the soil-plant system by direct 
uptake into plant leaves or dissolved in precipitation. Urea and calcium cyanamide (Table 2), are 
forms of N that, when applied to soil, are acted upon by enzymes in the soil to mineralize the N 
in them to NH4^ ions. Once in the NH4^ form and until nitrified to the N03' ion form, the N in 
these two fertilizers is also sorbed to the CEC of the soil and is subject to the soil-erosion 
transport process described above. The N in organic materials such as crop residues is also first 
mineralized to NH4'̂ , again being subject to sorption to the CEC of the soil until nitrified to the 
N03". The N03' ion, when it is part of the chemical formula in compounds shown in Table 2, 
does not sorb to the CEC of the soil. Nitrate, a water-soluble anion, is very mobile, and moves 
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readily with percolating water (leaching). It is not sorbed to the negatively charged sites on soil 
colloids, the cation exchange capacity (CEC) of the soil. The primary transport mechanism for 
NOa' ions is with percolating water by leaching or surface runoff (including return flow). Nitrate 
that is leached below the crop root zone often ends up as a pollutant in ground water supplies. 
Nitrate can also be dissolved in surface runoff water or in return-flow water that returns to the 
surface to become part of the runoff. Nitrate and NO2" ions can also be denitrified and lost to the 
atmosphere (Eq. 1) as NO, N2O, or NOx. 

Table 2 
Nitrogen fertilizer materials, their formulas and chemical analysis 

Material 

Anhydrous ammonia 

Ammonium nitrate 

Ammonium sulfate 

Diammonium phosphate 

Monoammonium phosphate 

Calcium nitrate 

Calcium cyanamide 

Potassium nitrate 

Sodium nitrate 

Urea 

Urea-ammonium nitrate 

Chemical 
formula 

NH3 

NH4NO3 

NH4SO4 

(NH4)2H2P04 

NH4H2PO4 

Ca(N03)2 

CaCN2 

KNO3 

NaN03 

CO(NH2)2 
CO(NH2)2+NH4N03 

Chemical 
analysis 

(%N) 

83 

33.5 

21 

18-21 

11 

15 

20-22 

13 

16 

45 
32 

2.2. Runoff 
Amount and timing of rainfall and soil properties are key factors that influence loss of 

dissolved N in runoff Soils with low runoff potential usually have high infiltration rates, even 
when wet. They often consist of deep, well to excessively-drained sands or gravels. In contrast, 
soils with high runoff potential have one or more of the following characteristics: very slow 
infiltration rates when thoroughly wetted and containing high clay content possibly of high 
swelling potential, high water tables, a claypan or clay layer at or near the surface, or are shallow 
over a nearly impervious subsurface layer. A combination of soil conditions of high runoff 
potential and high precipitation amount are especially conducive to surface runoff losses. 
Steeper slope gradients increase amount and velocity of runoff, while depressions, soil 
roughness, and presence of vegetative cover or crop residue decrease runoff by improving the 
infiltration. 
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The dissolved concentration of N in surface runoff from soils under conservation or no-
tillage often is higher than from soil under conventional tillage (McDowell and McGregor, 1984; 
Romkens, 1973). Reasons may include incomplete incorporation of surface-crop residues, and 
higher dissolved N concentration in the surface soil because of residue accumulation and 
decomposition. In addition, high concentrations of soluble N can occur when there is a soil 
horizon barrier (e.g. Fragipan) present in the soil profile that results in return flow of leached N 
back to the soil surface (Lehman and Ahuja, 1985; Smith et al., 1988). 

Some of the effects on dissolved nutrients in surface and subsurface water discharges that 
are associated with agricultural nutrient management for crop production and the use of 
conservation tillage for erosion control, are illustrated (Figure 2) by the work of Alberts and 
Spomer (1985). Their study site, for this ten year study, was in the deep loess hills in western 
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Figure 2. Runoff-weighted concentrations of NOs'-N and NH4'̂ -N in surface flow by seasonal 
period. Dashed lines represent current water quality standards (from Alberts and Spomer, 1985). 

Iowa. The loess is underlain by nearly impervious glacial till at depths of 4.6 to 24.4 m. Lateral 
water movement occurs in a saturated soil zone that exists at the loess-till interface. Water from 
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both surface runoff and subsurface flow was sampled. In their study, watershed 2 (WS2) was 
conventionally tilled (33.5 ha) while watersheds 3 and 4 (WS3 and WS4) were contour-till 
planted (43.3 ha) and terrace-till planted (60.8 ha), respectively. About sixty-five head of cattle 
gleaned the com stalks from WS3 and WS4 from mid-November to March each year. Figure 2 
shows the ten year, runoff-weighted concentrations of NO3' and NH4^ for three time periods; 
April through June (fertilization, seedbed preparation, and crop establishment period); July 
through November (crop reproduction and maturation period); and December through March 
(crop residue period) or periods 1, 2, and 3 respectively. Water quality criteria for NO3' and 
NH/ are shown by dashed lines (Fletcher, 1991; U.S. EPA, 1982) in Figure 2 as 10.0 and 2.0 mg 
L"̂ ; respectively. Highest NO3" concentrations from the till-planted watersheds (WS3 and WS4) 
occurred during July through November (period 2), perhaps as a result of evaporative drying 
moving previously applied fertilizer salts to the soil surface. Preplant applications of fertilizer 
for the conventionally tilled watershed (WS2) had been incorporated with a disk. Ammonium N 
concentrations were generally from cattle manure and leaching of NH4^ from partially 
decomposed com stalks. Issues illustrated by this study include the need to place fertilizer below 
the soil surface while still maintaining residue cover for soil erosion control. Fall and winter 
livestock grazing of crop residues likely contributes to N mnoff since the manure and urine may 
be deposited on frozen ground. 

2.3. Erosion 
Detachment of sediments and nutrients from the parent soil is selective for soluble 

nutrients (such as NO3") and for the fine soil fractions with which nutrients (such as NH 4̂  and 
the soil organic matter N) are associated. Therefore, N contained in mnoff and/or associated 
with sediments is present in higher concentrations than in the parent soil. This difference is 
termed the enrichment ratio. Enrichment of sediment loads is a two-step process: enrichment 
during particle suspension and enrichment due to redeposition of coarser particles during 
overland and channel flows. In order for management practices to decrease the effect of water 
erosion processes on the production and transport of sediment associated N, they must directly 
influence the processes involved. Such practices need to protect against soil particle detachment, 
slow sediment transport, and enhance sediment deposition within the landscape rather than 
allowing the sediments to move into surface water. 

Soil erosion is important to the movement of N into surface water which primarily occurs 
with soil erosion by water, rather than by wind. Briefly, soil erosion by water includes the 
processes of detachment, transport, and deposition of the soil particles by raindrops or surface 
flow (Foster et al., 1985). Some sediments may travel only a few millimeters while others may 
be transported long distances before either being deposited or reaching a surface water resource 
(i.e. a lake, reservoir, or stream). The movement of NH4'̂  results because it is sorbed to the 
surfaces of clays and finer sediments. The NO3' is completely water soluble and thus moves 
with the water until it re-enters the available soil pool, is utilized by microbes or plants, becomes 
denitrified, is possibly deposited and buried, or enters and possibly degrades surface- and/or 
ground-waters. A major source of the N that degrades surface water is that which is transported 
in soil organic matter. A large part of the soil organic matter and soil organic N (SON) 
contained in it are concentrated near the soil surface and are therefore vulnerable to erosional and 
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oxidative (mineralization/nitrification) processes. Also, within the U.S., about 400 million m of 
sediment are dredged each year in the maintenance and establishment of waterways and harbors 
(Sopper, 1993). Loss of topsoil and the SON contained in dredged sediments is a primary 
environmental impact of accelerated soil erosion. Two independent methods of estimating the 
amount of eroded SON are to utilize information about river sediment loads or to use estimates 
of amounts of eroded sediments themselves. To use the sediment load approach, data by Leeden 
et al. (1991) showed that the suspended load in 12 major U.S. rivers during 1991 was 336,000 
Gg yr'\ Assuming that 75% of the suspended load (mostly due to soil erosion) was contributed 
by cropland, then the sediment transport attributed to cropland is about 250,000 Gg yr" . 
Assuming a delivery ratio of 10% and SON content of sediment of 0.25% (Lai, 1995; Follett et 
al. 1987), the total SON displaced by soil erosion from cropland was about 6.25 Tg yr"^ 
Alternatively, (Lai, et al., 1998) used an estimate of the amount of eroded sediments to calculate 
soil organic carbon (SOC) losses. By assuming a SOC:SON ratio of 110:9 in sediment (Follett 
et al. 1987) the total SON displaced by soil erosion would be about 9.6 Tg yr"\ Thus 
considering only the U.S., soil erosion serves as an environmental source of 6 to 9 Tg N yr'* as 
SON. 

Much still needs to be learned about managing cropland soil erosion. For example, 
Follett et al. (1987) assessed effects of tillage practices and slope on amount of organic N in 
eroded sediments from cultivated land surfaces in Minnesota (USA) for major land resource 
areas (MLRAs) 102, 103, 104, and 105. Their estimates, using the Universal Soil Loss Equation 
(USLE), average organic matter in topsoil by slope category, and dominating slope gradient and 
soil series indicates that conservation tillage compared to conventional tillage decreases the 
amount of organic N associated with eroded sediments by about half with some additional 
decrease resulting from the use of no-tillage. One can assume that added fertilizer N responds 
similarly to organic N when it is sorbed to clay surfaces, finer sediments, or to soil organic 
matter. 

2.4. Leaching 
Nitrate is a negatively charged ion that is repelled by, rather than attracted to, negatively-

charged clay mineral surfaces in soil (i.e. the CEC). It is the primary form of N leached into 
ground water, is totally soluble at the concentrations found in soil, and moves freely through 
most soils. As described by Jury and Nielson (1989), movement of NO3" through soil is 
governed by convection, or mass-flow, with the moving soil solution and by diffusion within the 
soil solution. The widespread appearance of NO3" in ground water is a consequence of its high 
solubility, mobility, and easy displacement by water. An extensive literature concerning N-
management, leaching, and ground water quality exists including that assembled by CAST 
(1985), Follett (1989), Follett et al. (1991), and Follett and Wierenga (1995). 

Juergens-Gschwind (1989) reported on leaching losses observed under widely varying 
conditions (lysimeters, drainage water measurements in field trials, catchment areas, profile and 
groundwater research in field trials) (Figure 3). The results were made comparable by 
referencing the N-losses at each site to an ~ 300 mm drainage level per year. The leaching risk 
was distinctly higher on arable land than on grassland, and on lighter textured soils than on 
heavy textured soils. An upward shift in the data was observed when going from lower nutrition 
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rates obtained by normal fertilization practices to the very high rates that can resuk from 
excessive N-fertilization and animal manure disposal (rates in excess of the plant nutrient 
requirements) on agricultural lands. As shown in Figure 3, soil texture influences how rapidly 
NO3" leaching occurs. This influence of soil texture, in sandy soils is further documented by 
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Figure 3. Leaching of nitrogen from arable and grassland systems (adapted from Juergens-
Gschwind, 1989). 

Delgado, et al. (1999) in which more NO3" leaching was observed on a loamy sand than on a 
sandy loam. Also, unless the soil is anaerobic, excess amounts of NOs" also leach on heavy-
textured soils, as illustrated in an N-rate study with irrigated com (Zea mays L) by Godin 
(1999). Godin used ^^N-labeled fertilizer on a clay loam soil, he observed that the recommended 
fertilizer rate (135 kg N ha"') adequately satisfied the crop N requirement and resulted in higher 
percent recovery of N than did the excess N rate (200 kg N ha''). At the excess N rate, fertilizer 

N̂ had leached below the crop root zone (0.9 m) by harvest of the first year and to a depth of 
over 1.5 m by harvest of the second year. 
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3. NITROGEN CYCLING IN PASTURE SYSTEMS 

Inputs are from fertilizers and manures, biological N fixation, wet and dry deposition, 
supplemental feed to livestock, and mineralization of soil organic matter (Figure 1). Losses may 
occur through harvest of animal or plant products, transfer of N within the pasture with animal 
excreta, fixation of N in the soil, soil erosion, surface runoff, leaching, volatilization, and 
denitrification. The soil compartment includes a pool of available N (NO3" and NH4 )̂ for plant 
uptake that is in equilibrium with N in residues (organic N) and, especially for some soils, with 
fixed NH4^ which is held between mineral layers of the clay. Plant N uptake is from the 
available soil pool. The N in the herbage is then either harvested and removed from the field, 
returned to the soil as crop residue and root material, and/or eaten by grazing animals and either 
utilized by the animal or excreted as feces or urine and returned to the soil. 

3.1. Role of soil organisms 
Soil microfauna and microflora have a major role in N cycling. Release of N from plant 

and animal residue depends on microbial activity. Soil bacteria utilize the more readily 
available, soluble, or degradable organic fractions. Fungi and actinomycetes decompose the 
resistant cellulose, hemicellulose, and lignin. Dung beetles, earthworms, and other soil fauna 
increase the decomposition rates of feces and plant litter by mixing them with soil. Rhizobia and 
vesicular arbuscular mycorrhizae (VAM) associate with plant roots to fix N and increase nutrient 
and water scavenging ability, respectively. VAM infection of roots is considered more helpful 
for tap rooted pasture legume species than for fibrous rooted grasses. At any time, soil-microbial 
biomass contains much of the actively-cycling N of the soil and represents a relatively available 
N pool, capable of rapid turnover (Bristow and Jarvis, 1991). The energy flux through the soil 
microbial biomass (SMB) drives the decomposition of organic residues (Smith and Paul, 1990) 
and soil organic matter. Plant root biomass and soil microbial processes are intimately linked in 
grassland systems as described by Reeder et al. (2000). If decomposition exceeds C inputs, the 
soil organic matter will decline. The resulting mineralization of N (and other nutrients) will 
result in their becoming vulnerable to possible losses into the environment by leaching, 
denitrification, or other mechanisms (Follett, et al., 1995). Because its levels are relatively stable 
for a particular soil/land-use system, even though the SMB pool is very active for nutrient 
cycling, SMB can serve as a measure (index) of the effects of agricultural management practices 
on soil quality. In their study, Follett et al. (1995) utilized '̂ N labeled fertilizer and followed the 
N in the SMB fraction under no-till in a 4 yr (winter wheat-sorghum-fallow-winter wheat) 
cropping sequence. Their conclusion was that, under no-till, biological processes conserved the 
N by accumulation of crop residue carbon (C) and N near the soil surface, recycling of N through 
the crop-SMB system, and maintenance of N in organic forms. 

3.2. Role of the grazing animal 
Grazing animals affect plant growth by defoliation, traffic patterns, herbage fouling, 

partitioning of ingested N to body weight, feces, and urine, redistribution of herbage N in 
excreta, and N turnover rate. Defoliation by grazing animals prevents senescence of plant tissue. 
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removes N in animal products, changes the N pathway from internal plant recycling or leaf fall 
to return as feces and urine, increases light penetration into the canopy and, through selective 
grazing, may alter botanical composition by promoting one species over another. Animal traffic 
compacts soil, sometimes making soil characteristics for plant growth less desirable. Herbage 
fouling by feces reduces its acceptability for grazing, thereby increasing maturity and reducing 
forage quality and/or consumption by grazers. Urine does not cause herbage to be unacceptable 
for grazing. Livestock recycle much of the N that they consume from forage back to the soil. 
The N retention of forage N by livestock, as a percentage of dietary intake, ranges from about 8+ 
% of live weight gain (LWG) (e.g. in steers) to 20 % (FoUett and Wilkinson, 1995) in high 
producing animals (e.g. milk cows). For example, a 250 kg steer that ingests 6 kg forage d"̂  
(containing 3% N in the forage) and gaining 0.8 kg d"̂  may ingest 180 g N d"\ retain about 20 g 
in LWG (12 % retention) and excrete the remainder, about 160 g N d"̂  Excretion as feces and 
urine both result in volatile losses of NH3. About 74% of the total N excreted is in the urine 
(FoUett and Wilkinson, 1995) and a single urine spot can have an N concentration corresponding 
to more than 600 kg N ha"* (Whitehead, 1995). Some of the N is released to the atmosphere as 
volatile NH3, while the N remaining in the excreta and its associated plant residues return to 
available nutrient pools in the soil. 

Animals on range may utilize more of the forage near watering points. Greater density of 
dung and increased levels of soil-profile NOs" are frequently observed in areas near watering and 
shade points (Haynes and Williams, 1993; Wilkinson et al., 1989). Even without transfer of N to 
unproductive areas such as woods, shade, watering points, fence lines, and paths, consumption 
and excretion of N by ruminants results in gathering of N from large areas of the pasture, and 
deposition of the N to smaller areas. This concentrating effect frequently means that N cycled 
through livestock cannot be used efficiently by forage plants. On an annual basis, less than 35% 
of pasture areas receives excretal N; some areas receive one or more applications (overlapping of 
excreta). This uneven distribution means some of the pasture will be under fertilized and some 
over fertilized. 

4. PRIMARY AND SECONDARY FLOWS OF NITROGEN 

Primary and secondary flows of N are very much a part of the animal/plant N cycling 
ecosystem as discussed above. The following discussion is focused upon cropland and 
surrounding ecosystems but also relates to a livestock system. Figure 4 from Duxbury et al. 
(1993) illustrates some of the flows of N following input of 100 kg of fertilizer N. The primary 
flows are shown by dashed lines. In this example, fifty of the 100 kg are harvested in the crop 
and fifty are lost by the combination of leaching (25 kg), surface runoff (5 kg), and gaseous loss 
(20 kg, primarily denitrification). If 10% of the gaseous N loss is N2O, then 2 kg N2O-N would 
be generated in the primary cycle. 
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Figure 4. A simplified flow of nitrogen fertilizer through the environment (from Duxbury et al., 
1993). 

Mosier et al. (1998) evaluated the International Panel on Climate Change (IPCC) 
methodolgy (IPCC 1997) as part of an effort to provide a more comprehensive N2O emission 
calculation methodology. Using mid-point values, they recommended that the emission factor 
relating N2O directly from soil to fertilizer-N application should be 1.25 + 1% N2O-N of the 
applied fertilizer N. If both direct and indirect emissions are considered about 2.0% of N input 
into agricultural system would be emitted as N2O-N annually. 

Secondary flows, shown by the solid lines in Figure 4, include feeding of the 50 kg of 
harvested N to animals, which might generate about 45 kg of manure N. The manure is returned 
to cropland to create a secondary flow of the original fertilizer N. Part of this secondary flow of 
applied fertilizer N is again removed from the field by the harvested crop; through gaseous losses 
as NH3, N2O, NOx, and as N2 gas, surface runoff, and NOB' leaching. However, about half of the 
manure N is volatilized as NH3 prior to or during manure application. Volatilized NH3 is aerially 
dispersed to eventually be returned to and cycled through both natural ecosystems and cropland 
(Duxbury et al., 1993). Estimates are that, over the course of about fifty years, more than 80% of 
the N applied to a field will eventually return to the atmosphere through denitrification (Cole et 
al., 1993). Generally, greater than 95% of this N returns to the atmosphere as N2 gas but some 
unknown amount is released as N2O. 

5. GROUND AND SURFACE WATER 

5.1. Ground water 
Nitrate that moves below the crop root zone is totally soluble and can potentially leach 

into ground water. Ground water flows within permeable geologic formations called aquifers. 
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Figure 5. Schematic of vadose zone, aquifer system, and flow direction (from Pionke and 
Lowrance, 1991). 

Aquifers are natural zones beneath the earth's surface that often yield economically important 
amounts of water. In a very simple system, water and dissolved NO3" percolate below the root 
zone and through the intermediate vadose zone to an aquifer. From there, these waters can 
recharge deeper aquifers or discharge to streams or water bodies. 

Aquifers are subdivided based upon geology. A meaningftil division, from the 
perspective of ground water quality, is between confined and unconfined aquifers. Confined 
aquifers are separated from the earth's surface by flow-impeding layers that, depending upon the 
degree of flow impedance, are referred to as aquicludes or aquitards (Figure 5). Unconfined 
aquifers are not separated from the earth's surface by a flow-impeding layer, and are therefore in 
contact with the atmosphere through the unsaturated zone. Aquifer systems are often complex. 
To minimize the amount of NO3' that may enter ground water, it is necessary to understand the 
aquifer system and then to identify and apply improved N management practices to the recharge 
area of the aquifer. Structure of the aquifer system and subsequent flow patterns affect NO3" 
dilution, transport, and removal. 

Ground water can rejoin the ground surface downslope and adjacent to a perennial 
stream, often along a riparian zone similar to that shown in Figure 6. In a riparian zone, that 
water table moves progressively toward the land surface and the intermediate vadose zone is lost 
as the stream channel is approached. During storms or wet periods, the water table can rise 
rapidly to intersect the land surface at some distance from the stream - discharge of ground water 
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to the soil surface results. The system can be dynamic, with water table levels, extent of the 
saturated zone, and flow directions changing substantially and rapidly with precipitation (Pionke 
and Lowrance, 1989). As the ground water and its dissolved NO3" move into the more 
biologically and chemically active soil zones, the NOs' becomes available for uptake by riparian 
vegetation. Also, if oxygen levels become limited, activation of soil biological and chemical 
regimes result in denitrification. 

- ' I L L ' J 'J [J__iAQuiTARn̂ M î 111 n I 11 1111 I r r 
\ r ~ - - -̂ "̂ "̂  - QCUirnMCIMCn Ark inrr-n ~ * SEMICONFINED AQUIFER 

Figure 6. Schematic of the vadose zone, aquifers, and flow directions in a typical riparian zone 
subject to a humid climate (from Pionke and Lowrance, 1991). 

Nitrogen is the nutrient of most concern in the contamination of ground water, primarily 
resulting from NOa" leaching. Leaching of N H / is generally not important since it is strongly 
adsorbed by soil, except for sands and soils having low retention (cation exchange) capacities. 
However, NO3" is readily leached deeper into the soil profile, below the bottom of the root zone, 
and may eventually leach into ground water supplies. 

Water quality impact zones for N are wells, ground water supplies, streams, and surface 
water bodies. Because 95% of rural inhabitants and substantial livestock populations consume 
ground water, NO3" concentration is most important and can cause both human and animal health 
effects (Chapter this book, by Follett and Follett). Those factors that control NO3" concentration 
in groundwater, such as dilution and well position relative to the primary source areas for NO3', 
can greatly affect their impact on ground water quality. In contrast, stream flow tends to mix 
ground water discharge and surface runoff from different land uses and time periods, thus 
causing generally much lower and more stable NO3" concentrations. Although elevated 
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concentrations of NOs" are most often observed at shallow water table depths, long term 
increases in deeper wells are possible where deep aquifers are recharged by NOs'-rich waters. 
Movement of NOs" with percolating water, through the unsaturated zone, can be very slow and 
time required for present-day inputs of NO3' to reach the ground water reservoir may be many 
years. Shuman et al. (1975) observed an average rate of NO3" movement through silt soils 
(loess) of about one meter per year for Iowa. Where 168 kg N ha"̂  (the recommended N rate) 
was applied, N did not accumulate beneath the crop-root zone. Ground water flows from areas 
of high pressure toward areas of low pressure (hydraulic head). Generally movement is slow and 
there is little mixing of contaminated with uncontaminated ground water as they flow through the 
saturated zone, contaminants tend to remain concentrated in zones. However, because of the 
slow rate of movement and lack of dilution, contamination may persist for decades and centuries, 
even if input sources of NO3" are decreased or eliminated. Unfortunately, reclamation is 
technically and economically impossible in most cases (Keeney, 1982). 

Many sites of excessive NO3" accumulation are recognized. Viets and Hageman (1971) 
conducted a comprehensive review of studies in the U.S. Substantial accumulations of NO3" 
were found in deep profiles of irrigated Colorado soils, except where alfalfa was the crop 
(Stewart et al., 1967). Muir et al. (1973) conducted a study of factors influencing NO3" content 
of ground water in Nebraska. Their data indicated that the quality of Nebraska water was not 
being materially influenced by agricultural use of commercial fertilizers previous to that time 
except on sites of intensively irrigated sandy soils and in valley positions with a shallow 
underlying water table. 

There are numerous sources of N in the environment. Keeney (1986) identified intense 
land-use activities (e.g. irrigation farming of high value crops, high density of animal operations, 
or septic tank systems) as causes of excessive NO3' in ground water. Irrigation of cropland is 
widely practiced in the U.S., particularly in the more arid west and in the southeast where 
economic returns are high. The review by Pratt (1984) shows that in situations where roots have 
access to the entire soil solution, NO3' is not leached unless excess fertilizer N is added or the 
soils are over-irrigated. 

Because the subsurface system is generally large and not uniform in structure, function, 
or efficiency, it is much easier to focus on source areas rather than on the whole system. The 
source area is a bounded area or volume within which one or a set a of related processes 
dominate to provide excessive production (source), permanent removal (sink), detention 
(storage), or dilution of NO3". Source area effects, by definition, are disproportionately large 
relative to the area or volume occupied. If the source area(s) can be identified, then positioned 
relative to the generalized flow pattern within the system, a basis is possible for estimating 
effects on an impact zone. 

Systematic data on production practices, input use, and management systems are 
insufficient to do many of the assessments that are needed. However, quantity and quality of soil 
survey data, climate data, and assessments of N03" concentrations in various aquifers are 
increasing. Statistical techniques and simulation models used in conjunction with Geographical 
Information Systems (GIS) technology show promise in identifying and assessing NO3' leaching 
across regions (Christy, 1992; Wylie et al., 1994). Models such as the Nitrate Leaching and 
Economic Analysis Package (NLEAP) (Shaffer et al., 1991; Delgado et al., 2000) use farm 
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management, soil, and climate information to estimate NOs" leaching at a farm or even the soil 
series level. Thus, allowing determination of potential landscape NOs'-leaching hot spots when 
sufficient information is available. As technology continues to improve, the targeting of 
improved practice to those areas, farm enterprises, fields within a farm, or even locations (hot 
spots) within a field that cause the most damage should become possible for decreasing losses of 
N to the environment. 

Two general approaches to minimize NOa" leaching into ground water are: 1) optimum 
use of the crop's ability to compete with processes whereby plant available N is lost from the 
soil-plant processes themselves. Key elements of the first approach are to assure vigorous crop 
growth and N assimilation capacity, and to apply N in phase with crop demand; 2) The second 
approach might include use of nitrification inhibitors or delayed release forms of N to directly 
lower potential leaching losses. In addition, realistic crop-yield goals must be selected. Olson 
(1985) emphasizes that a realistic yield goal would be no more than 10% above recent average 
yield for a given field or farm. Such a yield goal will still likely be difficuk to achieve because 
of limitations imposed by environmental factors and/or the farmers own operational skills. 

Land use 
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Figure 7. Land use and mean inorganic and total nitrogen concentrations from stream data from 
904 nonpoint source-type watersheds (from Omemik, 1977). 
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The high NO3' flux that often occurs in streams draining agricultural land, does not come 
from the overland runoff, but primarily from the ground water contributions (including tile-
drainage effluent) to stream flow. During discharge events, the ground water and its NO3" load 
will include shallow interflow (sometimes referred to as subsurface runoff). However, during 
the majority of time, deeper baseflow that rejoins surface water provides the major contribution 
ofN03'(Hallberg, 1989). 

Stream water quality data from 904 nonpoint source-type watersheds across the U.S. 
were summarized by Omemik (1977). The watersheds ranged in character from forested areas, 
to urbanized regions, to areas dominated by row-crop agriculture. The data were compared to 
landuse and, as shown in Figure 7, especially the inorganic N concentrations are directly related 
to the amount of the watershed used for agriculture. 
The data in Figure 7 are over two decades old now; however, reviews of temporal trends since 
then also show significant increases in NO3" (Hallberg, 1989). Referring to Figure 7, long-term 
environmental concern about the impact may not only need to be the increasing loads of soluble 
N, but also the dramatic change in the proportion of the particulate and soluble N concentrations. 
In forest and range systems the major N load was as organic N, much of it in the particulate 
fraction (related to organic matter); but now the major load in agricultural areas is as soluble 
NO3". 

5.2. Surface water 
Agricultural production has been identified as a major nonpoint source of pollution in 

U.S. lakes and rivers that do not meet water quality goals. Nitrogen can be transported into 
aquatic systems from airborne, surface, underground, and in situ sources (Table 3). Sediment is 
the largest single type of pollutant followed by nutrients (NRC, 1993). As discussed above, 
much of the N that enters lakes and rivers is associated with eroding sediments (NH4 )̂, eroding 
soil organic matter (organic forms of N and NH4 )̂, and dissolved in surface runoff (primarily 
NO3'). The water that runs over the soil surface during a rainfall or snowmelt event, by rill or 
sheet flow, or even high-order channelized flow, may have a relatively high concentration of 
organic N related to suspended particulate matter, but it is typically quite low in NO3' 
concentration. 

Agricultural sources of N can arrive in surface water via airborne dust from wind 
erosion, through gaseous transport of NH3 volatilized from livestock manure or from some 
fertilizer materials. Surface sources of N from agriculture are perhaps the best understood, and 
N delivered with eroded soil sediments is a major source. 

Ground water delivery of NO3" to lakes and streams is no doubt very important but 
difficult to gauge. In situ sources include biological N fixation, such as by blue-green algae and 
the leaching of N from lake sediments. An additional source of N and other nutrients is from 
wild aquatic birds; however, their role in the nutrient regime of a water body may be more that of 
cycling agents than of direct sources. 
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Table 3 
Sources and sinks for the nitrogen budgets of aquatic systems 

Sources Sinks 
Airborne 

Rainwater 
Aerosols and dust 
Leaves and miscellaneous debris 

Surface 
Agricultural drainage, including tile drainage 
Water erosion of sediment from agricultural land 
Animal waste runoff 
Marsh drainage 
Runoff and erosion from forest and rangeland 
Urban storm water runoff 

Domestic waste effluent 
Industrial waste effluent 
Wastes from boating activities 

Underground 
Natural ground water 
Subsurface agricultural and urban drainage 
Subsurface drainage from septic tanks 

Effluent loss 

Ground water recharge 

Fish harvest 

Weed harvest 

Insect emergence 

NH3 volatilization 

Evaporation (aerosol formation 
from surface foam) 

Denitrification 

Sediment deposition of 
detritus 

Sorption of ammonia 
onto sediments 

In situ 
Nitrogen fixation 
Sediment leaching 

When waters become too enriched by nutrients, the aquatic environment can become 
eutrophic - a result of the ensuing luxuriant growth of algae and macrophyte growth to levels that 
can choke navigable waterways, increase turbidity, and depress dissolved oxygen concentrations. 
Rapid growth of algae is the greatest and most widespread eutrophication problem. When a 
large mass of algae dies and begins to decay, the oxygen dissolved in water is depleted and 
certain toxins are produced, both of which can kill fish. The complexities of eutrophication are 
that nutrient status of various species of algae can vary from lake to lake or even from different 
areas and depths of the same lake on the same day. Excess algal growth can create obnoxious 
conditions in ponded waters, increase water treatment costs by clogging screens and requiring 
more chemicals, and cause serious taste and odor problems. 

Sawyer (1947) was the first to propose quantitative guidelines for lakes. He suggested 
that 0.3 mg L'̂  of inorganic N and 0.015 mg L"̂  of inorganic phosphorus are critical levels above 
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which algal blooms can normally be expected in lakes. However, development of nutrient 
criteria or recommended methodologies for protecting waterbodies from excessive nutrient 
loading are very much needed. National criteria that are available for NO3", NO2", and NH3 are 
generally established to protect human health and aquatic life from toxic eutrophication, or 
impairments to recreational uses such as swimming, fishing, and boating (Tetra Tech, Inc., 
1994). 

Under natural conditions, NO3" and NO2' occur in moderate concentrations and have little 
toxicological significance for aquatic life. Because the levels that are toxic to aquatic life are 
much higher than those expected to occur naturally in surface waters, restrictive water quality 
criteria for these elements have not been recommended. Two of the main concerns about the 
impacts of NO3' and NO2' on the environment are the primary water quality concern about their 
potential health effects on humans and ruminant animals associated with contaminated drinking 
water. 

On the other hand, NH3 is highly toxic to aquatic organisms. Acute toxicity in fish 
causes loss of equilibrium, hyperexcitability, increased breathing, cardiac output, convulsions, 
coma, and death, if concentrations are extreme. Chronic toxic effects include reduced hatching 
success, growth rates, and developmental or pathological changes in gill, liver, and kidney 
tissues (U.S. EPA, 1982). 

6. WITHIN AGRICULTURAL SYSTEMS 

6.1. Accounting for all Nitrogen Sources 
Nitrogen budgets provide a valuable framework to quantify and examine N inputs and losses 

for agricultural production systems (also see Figure 1). Accounting for the major sources of N to 
cropping systems and into the envionment, in general, is especially important. The following are 
some of the sources that should be considered. 

1. Fertilizer N inputs and amounts are easily determined and can be managed. 
2. Organic wastes are an important N source. Organic wastes available for use on cropland 

in the U.S. include livestock wastes, crop residues, sewage sludge and septage, food 
processing wastes, industrial organic wastes, logging and wood manufacturing wastes, 
and municipal refuse. Animal manures and crop residues account for the majority of 
organic wastes applied to agricultural land. 

3. Manure N inputs are uncertain because the N content is related not only to livestock type, 
age, and health, but also to variations in N content. Once excreted, the N content can 
change considerably depending on type and amount of bedding, type and time of manure 
storage, and manure management and placement when being applied. The best way to 
overcome these uncertainties is through the use of manure analysis and calibration of 
application equipment. Manure credits are often used to try to account for N that 
becomes available from applied manure. 

4. Biological N fixation (BNF), especially by legumes, can be an especially important 
source of N. Although the importance of BNF has been known for centuries, there are 
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few quantitative methods for estimation of BNF. Currently, the method most used is that 
of recognizing BNF by legumes with legume credits. 

5. Nitrate contained in irrigation water is available to the crop and should be considered 
when making fertilizer recommendations. Crop utilization of NO3" from irrigation water 
is greatest when plant-N requirement is greatest and other N sources are not excessive. 

6. Atmospheric additions, including volatilized NH3 from livestock operations, are another 
source of N to agricultural systems and to the environment. The mechanisms of additions 
that are identified include N dissolved in precipitation, dry deposition, and direct plant 
absorption of gaseous NH3. 

7. Contributions of residual soil N require soil testing for NO3" and NH4^ within the root 
zone and will be discussed below. 

8. Nitrogen mineralization is the term given to biological decomposition of organic material 
in soils and their conversion and contribution to inorganic forms is significant. 

6.1.1. Soil nitrogen availability tests 
Available soil N represents residual N in the soil profile, plus N mineralized from the soil 

organic matter during the growing season. While residual N has proven to be a useful index in 
certain regions of the U.S., no generally accepted index exists for N mineralization. Obviously, 
such a development would represent a major advance for avoidance of excessive fertilizer N 
applications. A complement to a soil N test may be a plant tissue N test. An attractive feature of 
tissue tests is that the plant root system tends to integrate spatial variability of soil N supplying 
power over a relatively large field volume. 

6.1.2. Soil organic nitrogen availability 
A significant portion of plant-N requirements are supplied by mineralization of soil 

organic matter during the growing season. Various N availability indexes exist, but they 
typically provide qualitative rather than quantitative measures of SON availability. Early 
concepts of a N availability index have been modified; but to date, no soil organic N availability 
procedure has received general acceptance from a soil test standpoint. Ultimately, a systems-
type, mass balance N approach may be the best alternative. The present recommendation is to 
follow pertinent N fertilizer guides which have been developed locally for specific crop needs 
and soil areas. 

6.2. Agricultural practices 

6.2.1. Nitrification inhibitors 
The N H / ion is sorbed to the CEC of the soil; whereas, NO3" ion is not and can be 

readily leached or denitrified. Both forms can be readily utilized by crops. Nitrification 
inhibitors include chemicals added to soils to stabilize fertilizer applied as NH3 or in the NH4^ 
form by inhibiting the activity of the Nitrosomonas bacteria in the first step of the nitrification 
process. 
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6.2.2. Control/slow release fertilizer 
Methods of altering the release of N from soluble materials has been to coat water-

soluble N fertilizer with less water-soluble materials in order to retard entry of water into the 
particle and the movement of N out. Coatings applied to soluble N materials generally have 
been of three types: 1) Impermeable coatings with small pores that allow slow entrance of water 
and slow passage of solubilized N out of the encapsulated area; 2) Impermeable coatings that 
require breakage by physical, chemical, or biological action before the N is dissolved; and 3) 
Semipermeable coatings through which water diffuses and creates internal pressures sufficient to 
disrupt the coating. Sulfur-coated urea (SCU) has been developed for a number of years as a 
product with characteristics of slow-N release. Elemental sulfur (S) was chosen because of its 
relatively low cost and ease of handling. Newer control-release N fertilizer materials are also 
being developed and marketed (Shaji and Gandeza, 1992). These newer materials have 
polyolefin resin coatings. The coatings can be tailored to provide a range of N release rates that 
are suitable for a variety of cropping systems. However, further field research is needed to 
insure the utility of these newer materials for cropping systems. 

6.2.3. Conservation tillage 
Use of conservation or reduced tillage (including no-till) continues to increase as an 

alternative for nearly all forms of crop production. Management systems which maintain crop 
residues at or near the soil surface have several attractive features, including less on-farm fuel 
use and its associated carbon dioxide emissions (Follett, 2001), more available soil water, and 
reduced soil erosion. However, adoption of conservation tillage practices may result in some N 
moving from the soil-plant systems into the environment under certain conditions. 

There is no question that conservation tillage is effective in decreasing particulate N 
losses associated with soil erosion and surface water runoff as discussed above. However, 
effects of conservation tillage on leachable N are not so well delineated as are surface losses. 
Generally, conservation tillage provides a wetter, cooler, more acidic, less oxidative soil 
environment. Under such conditions, processes of ammonification and denitrification may be 
favored over nitrification. Conversely, for NO3' that is already present, the leaching potential 
may be greater under conservation tillage. This is because more undisturbed soil-macropores 
exist for NOs" and water movement. Increased water flow, into and through the root zone, has 
been observed under no-till compared to conventional-tillage soils. This higher flow has been 
attributed to decreased water evaporation because of surface residues and increased numbers of 
undisturbed channels (e.g. earthworm and old roots) continuous to the soil surface. The surface 
mulch enhances the environment for earthworms and the lack of tillage preserves existing 
channels for several years. 

6.2.4. Rotations, cover crops, and nitrogen-scavenging crops 
Rotations and cover crops, historically used as a means of conserving soil and/or 

providing an organic N source, have received renewed interest as an aid in avoiding excessive N 
losses to the environment. Whereas monocultures of grain crops (e.g. corn and wheat) require 
high inputs of fertilizer N, such inputs can be decreased with crop rotations which require less, or 
fix atmospheric N. Because less excess profile N may be expected with a rotation, there should 
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be less potential for N leaching. An exception may be under certain rotation-fallow conditions 
designed to conserve water in drier areas. 

Winter cover crops can be effective in absorbing both NO3" and available water during 
the fall, winter, and spring, thereby decreasing the N leaching potential. When the cover crop is 
returned to the soil, some of the absorbed N is then available to the following crop. Both 
legumes and non-legumes are used from a strictly N leaching standpoint. While an annual crop 
such as rye can be effective in scavenging excess available N from within crop rooting zones, 
deep-rooted perennials should be considered for NOB" accumulation below normal rooting 
depths. Alfalfa, with a potential rooting depth in excess of fifteen feet, is a crop which merits 
particular attention. 

6.2.5. Filter strips 
Vegetative filter strips, also referred to as buffer strips and riparian zones, remove 

sediment, organic matter, and other pollutants from runoff and waste waters. Under field 
conditions, excess runoff from terraces is frequently diverted to a strip. Upon entering the strip, 
both the flow velocity and transport capacity of the runoff are reduced. The sediment and its 
associated pollutants are then removed from the runoff by filtration, deposition, infiltration 
sorption, decomposition, and volatilization processes. The effectiveness of filter strips in 
removing sediment and particulate N is well established. Less certain is the effectiveness of 
filter strips for removing soluble N in runoff Uptake by filter strip vegetation of mineral N 
transported by runoff water may occur during times of active growth but less during other times 
of the year. Also, some denitrification may be occurring. Scavenging of N from underground 
water and the vertical horizon by riparian vegetation, especially by deeper rooted plants, also 
may be important for removing dissolved N in surface and subsurface flows before the N is 
transported into streams and lakes. 

7. SUMMARY 

Nitrogen (N) is ubiquitous in the environment. It is also one of the most important 
nutrients and is central to the growth of all crops and other plants. However, N also forms some 
of the most mobile compounds in the soil-plant-atmosphere system; and there is mounting 
concern about agriculture's role in N delivery into the environment. Nitrogen represents the 
mineral fertilizer most applied to agricultural land. This is because available soil-N supplies are 
often inadequate for optimum crop production. This manuscript reviews the fate and transport of 
N from the various sources used to supply the N-requirements of crops in the context of the N 
cycle. Use of N budgets or a mass balance approach is needed to understand the options for 
improving management of N in farming and livestock systems and for mitigating the 
environmental impacts of N. Fertilizing crops for crop N uptake that will be near the point of 
maximum yield generally is an economically and environmentally acceptable practice. The 
objective is to lower the rate and duration of the loss processes themselves. Practices and 
concepts that lessen the opportunity for loss processes to occur and that help decrease the amount 
of N that may be lost to the environment are considered. In some cases improved efficiency is 
achieved by using less nutrients and in other cases it can be achieved by increasing the yield 
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while using the same amount of N-input. In either case, the goal is to decrease the total residual 
mass of N in the soil. Another approach is to keep the residual N in the soil-crop system by 
curtailing the transport processes (leaching, runoff, erosion, and gaseous losses) that carry 
pollutants out of the soil crop. 
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Nitrogen (N) is often the most limiting factor in crop production. Hence, application of 
fertilizer N results in higher biomass yields and protein yield and concentration in plant tissue is 
commonly increased by. Nitrogen often affects amino acid composition of protein and in turn its 
nutritional quality. In cereals, abundant supply of N decreases the relative proportion of lysine 
and threonine, thus, reducing the biological value of the protein. Increasing N supply generally 
improves kernel integrity and strength, resulting in better milling properties of the grain. In oil 
seed crops, protein levels are increased upon N fertilization, whereas oil concentration is 
decreased. Effects of N fertilization on oil composition and quality are inconsistent. In sugarbeet 
production, abundant supply of N results in a reduction of sucrose concentration per unit fresh 
matter and to an increase in impurities (alpha-amino-nitrogen, invert sugars, and lime salts), 
which negatively affect efficiency of sucrose extraction. Nitrogen supply to potatoes primarily 
influences tuber size, dry matter, and sugar contents. Nitrogen supply is managed according to 
market classes (table stock, French fries, and potato chips), which require different quality 
parameters. 

1. CEREALS 

1.1 Corn 
Com {Zea mays L.) is the third most important crop worldwide following rice (Oryza 

sativa L.) and wheat {Triticum aestivum L.). The com kemel is composed of approximately 72% 
starch, 10% protein, 5% oil, 2% sugar, and 1% ash with the remainder being water (Perry, 1988). 
The com protein biological value is low due to the low concentration of the essential amino 
acids, lysine, and tryptophan, although opaque-2 com has been developed with higher levels of 
these two amino acids (Mertz et al. 1964). Recent breeding efforts by CYMMYT have improved 
the hardness of opaque-2 com cultivars (Vasal et al., 1980), thus improving the agronomic 
characteristics of this com type. The oil in com is an important energy source for livestock feed, 
and due to a high degree of unsaturation, is widely used for human consumption (Perry, 1988). 
Increasing nitrogen supply to com generally resulted in increased grain and protein yields and 
increased grain protein concentration (Anderson et al, 1984; Cromwell et al., 1983; Kniep and 
Mason, 1991; Oikeh et al; 1998; Olsen et al., 1976; Pierre et al., 1977; Sabata and Mason, 1992; 
Tsai et al., 1983; Tsai et al., 1992). Research reported by Tsai et al. (1983) suggested that protein 
concentration of com grain increases with nitrogen supply due to preferential deposition of zein 
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over the other endosperm proteins. It is apparent that the amount of fertiUzer nitrogen required to 
maximize grain yields is not the same as the amount that will produce maximum grain protein 
concentrations (Sander et al., 1987). As the protein concentration of com grain increases, zein 
makes up an increasing proportion of the protein (Frey et al., 1949; Frey, 1951; Tsai et al., 1992). 
Rendig and Broadbent (1977) reported that concentration of the protein fraction zein in com 
grain was closely associated with the level of soil nitrogen, with each added increment of 
nitrogen increasing the percentage of zein. Tsai et al. (1983) reported that as nitrogen levels 
increased, zein accumulated preferentially in normal com grain, but not in grain of opaque-2 
hybrids. Tsai et al. (1992) reported that protein yield increase from nitrogen application was 
accompanied by an increase in the amount of zein present in the endosperm, creating harder, less 
brittle and more translucent grain. Since zein contains lower amounts of the most limiting 
essential amino acids lysine and tryptophan, increased grain yields change the amino acid 
balance by reducing the lysine and typtophan concentrations, thus reducing the biological value 
of the grain protein. However, this may be compensated for in some cases since nitrogen 
fertilizer application increases the size of the germ, which has a better amino acid balance than 
the endosperm (Bhatia and Rabson, 1987). In contrast, studies with opaque-2 com hybrids 
indicate that increased nitrogen supply maintains or increases the lysine concentration of grain 
(Cromwell et al., 1983; Tsai et al., 1983). 

Kniep and Mason (1991) found that irrigation increased grain yield, reduced protein 
concentration, had no effect on percent lysine per sample and increased percent lysine of protein 
of normal com. Nitrogen application increased grain yield, protein concentration and percent 
lysine of sample, but decreased percent lysine of protein. Irrigation decreased percent lysine per 
sample for opaque-2 hybrids. The grain from the above study was used in a rat feeding 
experiment, and found that rats fed grain produced with irrigation had greater and more efficient 
rates of gain, while those fed grain from plots with nitrogen application had lower and less 
efficient rates of gain (Hancock et al., 1988). These studies and the one previously reported by 
Bullock et al. (1989) clearly indicate that irrigation increases grain and protein yields, and lowers 
protein concentration, but improves the biological value of the protein. In contrast, nitrogen 
application increases grain and protein yields, and protein concentration, but reduces the 
biological value of the protein. Similar results for nitrogen fertilizer application, except the 
adverse effect of nitrogen fertilizer application on percent lysine and tryptophan was less for 
opaque-2 hybrids than for normal hybrids were reported by Breteler (1976). MacGregor et al. 
(1961) found that amino acid concentrations of grain did not increase uniformly to nitrogen 
fertilizer application, and that the concentrations of lysine, methionine and phenyalanine did not 
increase. Rendig and Broadbent (1979) found that nitrogen fertilizer application decreased the 
concentrations of tryptophan, lysine, glycine, arginine and threonine in protein, while 
concentrations of alanine, phenylalanine, tyrosine, glutamic acid and leucine were increased. It is 
apparent that irrigation has a positive effect on com grain amino acid balance, while nitrogen 
fertilizer application has a negative effect. 

Large uniform kemel size is desired for dry milling (Paulsen and Hill, 1985), wet milling 
(Watson, 1987), alkaline cooked products (Shumway et al., 1992) and livestock feed when 
processed by rolling or cracking. Most agronomic studies have focused on kemel weight which 
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often is highly associated with both kernel density and/or size (Watson, 1987). Personal 
communications from livestock feeders and dry millers indicate that uniformity of kernel size is 
important, but has not been studied scientifically. Kernel weight has been shown to increase with 
increasing nitrogen application (Bauer and Carter, 1986; Kniep and Mason, 1989; Cromwell et 
al., 1983; Rendig and Broadbent, 1979). 

Physical quality of grain is usually measured by kernel hardness (density), kernel 
breakage susceptibility (brittleness) and stress cracking. Physical quality is a primary concern of 
the com dry milling industry to optimize the production of the highest value end-product of 
uniform, large flaking grits (Paulsen and Hill, 1985). Bauer and Carter (1986) and Kniep and 
Mason (1989) found that kernel breakage decreased and kernel density increased with nitrogen 
fertilizer application. 

There are few studies on agronomic practice influencing the oil concentration of com 
grain, although the development of the specialty high-oil com for livestock feed (Alexander, 
1988) has spurred much recent interest. Earle (1977) showed variations in oil concentration by 
year from 1917 to 1972, but no correlations were found between oil concentration and variations 
in temperature, rainfall or fertilization. Welch (1969) reported that nitrogen, phosphoms and 
potassium applications increased the oil concentration of com grain slightly, but more important 
was that the increased grain yield resulted in greater oil production per unit of land area. In 
contrast, Jellum et al. (1973) found that increasing nitrogen application rate had no influence on 
the oil concentration of com grain. 

1.2 Wheat 
Wheat is grown across a wide range of environments around the world. A broad range of 

food products stem from wheat. The protein of wheat is unique among cereals. The glutein 
protein fraction of wheat can trap and retain CO2 generated during the fermentation of dough. 
The most common products are leavened and unleavened baked bread. Other important wheat 
products are pastries, crackers, biscuits, and pasta. Production factors that increase grain yield 
also increase the starch concentration of grain while reducing the grain protein concentration 
(McDermitt and Loomis, 1981). This inverse relationship has been shown in barley {Hordeum 
vulgare L.), com, oats (Avena sativa L.), rice, sorghum [Sorghum bicolor (L.) Moench], and 
wheat (Frey, 1977). The negative relationship between protein concentration and grain yield is 
partly associated with the higher glucose costs for synthesis of protein than carbohydrates 
(Penning de Vries et al., 1974); thus the higher cost of protein synthesis is logically inversely 
related to the grain yield (Bhatia and Rabson, 1976). 

Benzian and Lane (1979) analyzed the relationship between nitrogen supply, grain yield 
and grain protein concentration for wheat. They found that a greater nitrogen supply increased 
grain protein concentration linearly while grain yield response to added nitrogen had a 
diminishing retum relationship. They also found that when nitrogen was very limiting, small 
nitrogen additions resulted in greater grain yield with decreased protein concentration caused by 
dilution of the plant nitrogen. However, at higher levels of nitrogen, which are far more common, 
grain and protein yields usually increased while the grain protein concentration increased as well. 
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Goos et al. (1982) determined protein threshold values of 120 g protein per kg grain for 
winter wheat and later 140 g protein per kg grain in spring wheat (Goos, 1984). If wheat protein 
concentration was below these threshold values, the yield of the crop was limited by nitrogen. 
Higher protein concentrations than the threshold values could be obtained by increasing nitrogen 
fertilization. At this level of fertilization, however, only protein concentration increased, whereas 
no significant effects on crop yield were observed (Christensen and Killhom, 1981; Fowler and 
de la Roche, 1984). Foliar applications of nitrogen and fertilization late in the growing season 
tended to have a greater effect on increasing grain protein concentration than on increasing grain 
yield (Altman et al, 1983; Gallagher et al., 1973). 

Wheat protein is high in glutamic acid and proline, whereas lysine, threonine, 
methionine, and cystine concentrations are lower than those recommended by the World Health 
Organization (WHO) (Simmonds, 1978). Kies and Fox (1974) determined that lysine was the 
most limiting amino acid for human nutrition in wheat protein. The composition of amino acids 
in wheat protein are affected by nitrogen fertilization. Poulsson (1973) and Timms et al. (1981) 
found that nitrogen fertilization increased the proportion of glutamine, proline, and phenylalanine 
in wheat protein, while threonine, serine, glycine, alanine, valine, and sulfur amino acids 
decreased. The balance between nitrogen and sulfur nutrition of the wheat crop also had an effect 
on grain amino acid composition. Byers and Bolton (1979) and Wrigley et al. (1980) observed 
that high levels of nitrogen supply and marginal levels of sulfur supply resulted in marked 
reductions of the concentration cysteine and methionine. Timms et al. (1981) observed the 
similar reductions caused by a nitrogen to sulfur imbalance induced by late-season fertilization of 
wheat with urea. These changes in amino acid composition affected the quality of the gluten. 
Timms et al. (1981) found their study that bread baked with flour with the highest protein 
concentration had a lower loaf volume and a lower texture score. 

Almost 80% of the kernel protein is found in the endosperm (Vogel et al., 1976). Eighty-
five percent of the protein in the endosperm is storage protein. The gliandin (alcohol soluble) 
fraction and the glutenin (alkali or acid soluble) fraction are the two forms of storage protein. 
When protein increases in a given cultivar, the gliandin fraction increases, while the glutenin 
fraction decreases (Ulmer, 1973). Shorter baking mixing times due to this shift in storage protein 
composition are a consequence of increasing protein levels in wheat (Finney et al., 1987). In a 
study conducted in Nebraska, Blumenthal et al. (2000) found that increased levels of protein 
caused by nitrogen fertilization resulted in shorter baking mixing times of flour of 12 different 
winter wheat varieties (Table 1). 

1.3 Rice 
Rice is the primary source of dietary energy and protein for nearly three billion people in 

Asia. Head rice is more valuable than brokens and consumers prefer translucent, white grains. 
Nitrogen nutrition has a large influence on rice grain quality through effects on milling 
characteristics, translucence and color. 

Most rice is consumed as "white rice". White rice is obtained after dehuUing the rough 
rice, as harvested from the field, to produce brown rice, which undergoes abrasive milling to 
remove the outer layers of pericarp, seed-coat and nucellus, the germ or embryo, and aleurone 
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layers (Juliano, 1993). After milling, white rice represents about 70% of the original yield of 
rough rice. 

Table 1. Effect of fertilizer nitrogen on grain protein and dough mixing time (mixograph) 
of winter wheat (Blumenthal et al., 2000). 

Nitrogen fertilizer treatment^ Grain protein concentration Time to peak resistance 
(kgNha-^) (gkg-^) (min.) 

0 104̂ ^ 4.73̂ ^ 
15 107 4.64 
30 110 4.44 
45 113 4.39 
60 117 4.23 
75 121 4.11 

LSDo.05 4 0.21 

^ Fertilizer treatments were ammonium nitrate applied topdress in early spring. 
^ ̂  Values are means of 12 winter wheat varieties, 4 years, and 4 locations each year. 

Crop nitrogen supply and plant nitrogen status have a marked effect on final protein 
content of both the brown and white rice. Early work with improved rice varieties conducted in 
the 1960s and 1970s demonstrated that grain protein could be significantly increased by ensuring 
adequate nitrogen fertilizer application up to panicle initiation stage (Nangju and De Datta, 1970; 
De Datta et al., 1972). Subsequent field research has found that improved fertilizer-N use 
efficiency to achieve both high yields and high grain quality, requires carefiil attention to the rate 
and timing of N fertilizer applications such that the total available nitrogen supply from soil and 
fertilizer is congruent with crop nitrogen demand. In high-yield production systems, improved 
congruence between nitrogen supply and crop demand sometimes requires several split 
applicafions—including a final nitrogen topdressing at flowering stage (Perez et al., 1996). In 
one field study with transplanted rice in the Philippines, an additional nitrogen topdressing at 
flowering resulted in a 6% increase in rough rice yield and a 25% increase in grain protein 
compared to a treatment that received all of the nitrogen fertilizer by panicle initiation stage 
(Table 2). Although the rate and timing nitrogen treatments are confounded in this study, 
additional studies have consistently demonstrated the effectiveness of nitrogen application at 
flowering to optimize both yield and grain protein in high yield systems where soil nitrogen is 
not sufficient to meet crop nitrogen demand during grainfilling. 
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An increase in rice grain protein is primarily reflected in greater amounts of the storage 
proteins glutelin and prolamin (Cagampang et al., 1966). These proteins are located j n protein 
bodies within the starchy endosperm. When total grain protein is less than 10%, an increase in 
grain protein causes little reduction in lysine content. Most commercial rice has grain protein 
below 10%. Therefore, protein quality should not be significantly reduced when N management 
increases grain protein up to this 10% threshold. 

The influence of nitrogen management on rice milling properties are as important as the 
effects of plant N nutrition on grain protein. Increased grain protein makes brown rice more 
resistant to cracking and breakage during abrasive milling than low protein rice of the same 
variety. Typically there is a tight, positive correlation between grain protein content and head rice 
yield. For example, in the previously cited study, head rice percentage was 58% of the rough rice 
for high-protein rice that was obtained when nitrogen fertilizer was applied at flowering versus 
only 47% head rice when the last nitrogen topdressing was applied at panicle initiation (Table 2). 
Taken together with the 6% increase in yield of rough rice, with an nitrogen application at 
flowering, head rice yield increased by 30% and head rice protein yield increased by 63% 
compared to the treatment without nitrogen application after panicle initiation. 

Grain protein also has a large impact on other quality traits. Translucency is often 
positively correlated with protein content of milled rice, while grain whiteness can decrease as 
grain protein increases (Cagampang et al., 1966). Through appropriate nitrogen fertilizer 
management, however, it is possible to increase protein content and translucency while 
maintaining whiteness within acceptable limits. Such was the case in the Perez et al. (1996) study 
in which translucency increased from 76.4 to 85.5%) with an N application at flowering stage 
(Table 2). While whiteness remained above 40% (data not shown), which is comparable to 
milled rice whiteness in most Asian and European markets. Although grain protein content also 
affects other quality traits related to palatability, such as stickiness and chewiness (Hamaker, 
1994), preferences for these traits vary widely in different regions and countries. 

Table 2. Effect of rate and timing of nitrogen fertilizer application on rice yield and quality 
characteristics. Modified from Perez et al, 1996. 

N Fertilizer Treatment 
PP MT PI FL 

0 0 0 0 
120 0 60 0 
60 60 60 45 

Ukgha-') 
Total 

0 
180 
225 

Rough Rice 
Yield (kg ha') (%) 

5.3c 
9.3b 
9.9a 

Head Rice Head Rice 
Yield (kg ha') (%) 

37.5c 2.0c 
47.1b 4.4b 
57.7a 5.7a 

Protein 
(%) 

5.6c 
7.6b 
9.6a 

Translucency 

58.2c 
76.4b 
85.5a 

^ Nitrogen fertilizer timing designations: PP = preplant, MT = maximum tillering, PI = panicle initiation, FL = 
flowering. 
^̂  Means in the same column followed by different letters are statistically different at P < 0.01 by Duncan's 
multiple range test. 
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2. OIL SEED CROPS 

Oil seed crops are recognized as those whose oil is the most valuable component of the 
seed, being utilized for both edible and industrial purposes. There is also considerable vegetable 
oil produced as a byproduct of extraction for other components as is the case with com oil. Oil 
serves primarily as a source of energy and carbon precursors in germinating seed. Synthesis of 
storage lipids occurs in the seed and, thus, oil composition is genetically determined by the 
embryo, and relative weight of the embryo to endosperm and seed coat determines oil content. It 
is generally accepted that there is a negative relationship between protein and oil content. Oil and 
protein constituents are synthesized at different rates and times during oilseed development. 
Variation in nitrogen fertility during seed development and maturation affect the synthesis of 
fatty acids and, therefore, their final proportions in the oils of mature seeds. Since not only oil 
composition, but oil content as well is affected by nitrogen fertility, this can affect oil utilization 
and the value of specific oilseed crops. While nitrogen limiting situations generally reduce total 
oilseed production and, hence, oil yield per acre, there are few instances where the crop quality is 
actually reduced by inadequate nitrogen availability. 

2.1 Sunflower 
Sunflower {Helianthus annuus L.) is capable of considerable translocation of N from 

leaves to maturing seeds (Cheng and Zubriski, 1978; Mathers and Stewart, 1982; Hocking and 
Steer, 1983). Numerous trials have been conducted on response to N fertility, but the response 
estimate proposed by Danke et al. (1981) seems to be rigorous enough to fit most other reports. It 
is based on the equation: N fertilizer applied = 0.05 * Yield goal - (Nitrate nitrogen in a 150-cm 
soil sample). Higher levels of N fertility can affect seed quality by increasing protein and 
decreasing oil concentrations (Steer et al., 1984, 1986). The increase in yield response to N 
fertilizer, however, resulted in an overall increase in oil yield. Geleta et al. (1997) found both a 
significant decrease in oil content and return per acre as N rates increased from 40 to 115 kg/ha. 
They broke the 37 site years into three groups (high, medium and low yielding) and found a 
similar response for all three groups. Besides N fertilizer effects on oil concentration. Steer and 
Seller (1990) found that the application of N fertilizer before floret initiation increased the 
concentrations of palmitic and linoleic acids, but decreased those of stearic and oleic acids. On 
the contrary, Bahl et. al. (1997) found a decrease in oil content with additional N, but an increase 
in the ratio of oleic acidilinoleic acid. The discrepancy may have to do with N P interactions, 
since the studies varied in their P treatments. This information may be helpftil in managing mid-
oleic sunflowers that are currently increasing in market share. 

2.2 Rapeseed 
Rapeseed {Brassica napus L.) also tends to have reduced oil content with high N fertility 

(Krogman and Hobbs, 1975; Holmes and Ainsley, 1979). As glucosinolates are synthesized from 
sulfiir amino acids, glucosinolate content is affected by both nitrogen and sulfur availability and 
the nitrogen:sulfur ratio should be taken into account when assessing the effect of nitrogen on 
glucosinolate content. A plentiful supply of both elements can result in high levels of 
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glucosinolates and, according to Grant and Bailey (1993), the optimal ratio of nitrogen to sulfur 
is 12 at flowering time. High glucosinolate content has been recorded after restricted nitrogen 
fertilizer application: the effect of nitrogen on seed glucosinolate content varied from one year 
(Bilsborrow et al., 1993). Forster (1978) found that in pot studies N rate lowered seed oil content 
and increasing K content, at the high N rate, increased oil content. He also found an increase in 
glucosinolate and protein content with increasing N rates. 

A negative correlation between oil and protein content in the traditional determination of 
seed quality is well documented. High nitrogen applications reduce oil content and increase 
protein content. The economic value of the oil has led to reduced nitrogen usage and protein 
content of the meal has been decreasing. 

2.3 Soybean and Peanuts 
Soybeans (Glycine Max. (L.) Merr.) and peanuts {Arachis hypogaea L.), both nodulating 

legumes, are still responsive under many conditions to increasing N levels in terms of yield. 
However, the oil content appears to be less negatively impacted by N rates (Pawar et al., 1982; 
Bishnoi and Dutt, 1980; Abdel et al., 1988; Nagre et al., 1991). However, there are still several 
reports of decreasing oil concentration at higher N rates (Hassan et al., 1985; Jadhav et al., 1994). 
Ohyama et al. (1994) report on variation in amino acid ratios in soybeans under N limiting and 
adequate conditions, with aspartic acid being higher under the N limiting conditions. 

3. ROOT AND TUBER CROPS 

3.1 Sugarbeet 
For thousands of years, sugar, as sucrose is commonly called, has been a valuable part of 

human diet. Sucrose is an important component or additive to a broad range of foods, beverages, 
and pharmaceuticals. Two-thirds of consumed sugar stems from sugarcane (Saccharum 
offtcinarum L.) and one-third of consumed sugar stems from sugarbeet {Beta vulgaris L.). 
Sugarcane is produced in tropical and subtropical climates, whereas sugarbeet is produced in 
temperate climates. 

For the last fifty years, refined nitrogen nutrition has been a major focus of agronomic 
practices in growing sugarbeet. There are several reasons for this. Firstly, soil supply of mineral 
nitrogen forms is often not sufficient for optimal crop growth (biomass) and a producer has, 
through addition of nitrogen fertilizers, immediate control over the nitrogen economy of the crop; 
secondly, correct nitrogen nutrition is crucial for the quality of the crop; and thirdly, losses of 
nitrogen from cropping systems have been implicated in the contamination of surface and 
groundwater 

Once harvested, sugarbeet will undergo a series of processing steps until almost pure 
sugar (>99.9% sucrose) is obtained. Beets are stored for a period of up to several months. At the 
factory, beets are flumed, washed, and sliced in thin strips. Raw juice is obtained from these 
strips by counter-extraction (diffusion) with hot water. Raw juice is submitted to several 
purification and concentration processes. From concentrated juice sucrose is harvested, 
crystallized under vacuum, in several steps involving repeated dissolution of non-extactable 
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sugars in order to gain as much sucrose as possible. In the end of these processes, there are 
basically three components left of the sugarbeet crop: sucrose, molasses, and beet pulp. Molasses 
is the syrup that contains all the components from which no more sugar can be extracted 
economically and beet pulp is the insoluble beet tissue left over from the process of counter-
extraction. Both, molasses and pulp are commonly sold as animal feed. 

While adequate nitrogen supply to the crop must be insured to obtain optimal root yield, 
excessive nitrogen supply can have several detrimental effects on sugarbeet quality. Excessive 
nitrogen supply, especially late in the growing season, has in general two main effects on the 
quality of the harvested beets: 1) it decreases the concentration of sucrose in the beets; and 2) it 
increases the impurities of the juice from which sugar is extracted. 

The decrease in sucrose concentration is mainly caused by dilution, i.e. the roots retain 
more water, which in turn reduces the concentration of sucrose per unit fresh matter (Wieninger 
and Kubadinow, 1973). Abundant nitrogen supply also reduces the amount of marc (Wieninger 
and Kubadinow, 1973). Marc is the insoluble part of the beet root. It is the main component of 
beet pulp. As such, it is the second most valuable product of sugarbeet. A secondary component 
of the reduction of marc by oversupply of nitrogen, is that under such conditions beet roots tend 
to be heavier and contain relatively less marc (Beiss, 1988). Under high nitrogen supply, the 
physical strength of the beet tissue is lower (Biircky et al., 1978; Drath et al., 1984). This is 
undesirable for two reasons. Firstly, lower tissue strength results in higher losses during 
harvesting and handling of beets due to breakage and associated losses by invasions of pathogen 
through wounds. Secondly, lower physical strength of the root tissue also causes problems during 
slicing of beets. Strips obtained from such roots often are not optimally conducive to sucrose 
extraction process. 

Juice purity is reduced by excessive nitrogen through increases in alpha-amino-nitrogen 
(Wiklicky, 1971; Burba et al., 1984), invert sugars, lime salts (Reinefeld and Baumgarten, 1975), 
and raffmose (Burba and Nitzschke, 1980). Sugarbeets take up most of the nitrogen (150-170 kg 
N / ha) before row closure of the canopy. After row closure, they have only modest demand for 
additional nitrogen (about 1 kg N / ha / day). When nitrogen uptake exceeds demand, the 
concentration of nitrogenous impurities, especially alpha-amino acids, increases. At high levels, 
they hurt the crystallization process of sugar, thereby, rendering sugar extraction less efficient 
(Armstrong and Milford, 1985). Invert sugars (glucose and fructose) are obtained by acid or 
enzyme (invertase) hydrolysis of sucrose. High levels of invert sugars means losses of sucrose. 
Additionally, high levels of invert sugars cause discoloration of white sucrose. Invert sugars are 
also the primary cause of increased lime salts (K, Na) (Oldfield et al., 1971). Lime salts in turn 
increase the amount of sucrose lost to molasses. High levels of raffmose can decrease the 
crystallization rate of sucrose and impair sucrose crystal morphology (Vaccari et al., 1986). 

3.2 Potatoes 
Many production variables influence the quality of potatoes (Solanum tuberosum L.) for 

processing into chips and fries, and for the count-carton fresh market (Pavlista, 1995). Beside 
fertilization, cultivar selection, seed quality, planting density, soil moisture (irrigation), 
timeliness of farming operations, crop rotations, vine desiccation, handling, and storage are 
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controllable production variables that effect quality (Pavlista and Ojala, 1997). Processors 
require high quality for chips and fries with desirable color, flavor, texture, and appearance 
(Gould and Plimpton, 1985). Nitrogen fertilization has a key impact on potato quality for 
processing, as well as influencing potato size for the fresh market. Not only is tuber size affected 
by nitrogen but also starch content, estimated by specific gravity, and sugar content are greatly 
affected (Salunkhe et al, 1991; Talbert and Smith, 1975). 

Soils used for potato production nearly always require nitrogen to be added for optimum 
yields and quality. Nitrogen is typically added at the beginning and the middle of the season. It is 
often applied before planting or during early vegetative stages of growth. Nitrogen may be 
additionally supplied through irrigation systems during early tuber growth. Petiole nitrate-N is 
often monitored during vine and early tuber growth, and guidelines are available for many 
cultivars. Adequate nitrogen will usually improve tuber quality, size, maturity, dry matter and 
sugar content (Table 1). 

Tubers from plants with low nitrogen are usually small with low dry matter content and 
high reducing sugar levels (Iritani and Weller, 1980; Sowokinos and Preston, 1988). Excessive 
nitrogen delays tuber initiation, while promoting excessive vine growth. Too much nitrogen 
results in tubers with a lower dry matter content and immature skin prone to bruising and 
susceptibility to shatter bruise (Dean and Thornton, 1992). Proper nitrogen fertilization of potato 
crops is important to achieve optimum quality for processing. 

Table 3. Influence of nitrogen levels of potato crops on tuber quality. 

Deficient Adequate Excess 
Very Small Tubers Optimal-sized Tubers Slightly Small Tubers 
High Sugar Levels Low Sugar Levels High Sugar levels 
Low Dry Matter High Dry Matter Medium Dry Matter * 
Few Useables Most Useable Many Useables 
Over-mature Tubers Mature Tubers Immature Tubers * 
Disease Susceptible Disease Resistant Disease and Bruise Susceptible 
* Phosphorus fertilizer application will help to improve quality (e.g., skin maturity and dry 
matter content) of tubers at harvest when potato crops have excessive nitrogen fertility levels. 

Quality processed potato chips and French fries can only be made from high-quality raw 
product. The major attributes important for potato chip and French fry processing include 
optimum size and shape, minimal external and internal defects, and desirable dry matter and 
sugar contents. These attributes determine finished product quality, e.g., size or length, color, 
texture, uniformity, and desired appearance (Gould and Plimpton, 1985). Two key quality 
characteristics affected by nitrogen are specific gravity (dry mattfer content) and reducing sugar 
(glucose) content. 

Dry matter content varies from 15 to 24% between potato types and cultivars (Pavlista, 
1997). Potatoes used for potato chips and French fries require a narrow range in dry matter 
content. Higher dry matter content (higher specific gravity) in raw product improves recovery 
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rate during processing and directly influences texture and appearance, and indirectly influences 
the color of potato chips and French fries. Since specific gravity has a near-linear relation with 
dry matter and starch content in tubers, it is the common way for measuring these quality 
characters. 

For potato chips, specific gravity is critical because it affects the thickness, color, 
crispness, oiliness, and taste of the product. It also affects the recovery rate of chips from raw 
potato tubers. The preferred specific gravity for chipping potato tubers is between 1.090 and 
1.099. Higher shear forces, resulting from high specific gravity, increase the mealiness and 
dryness giving the chip its characteristic "snap" or brittleness. The principle component of 
texture is starch content. The lower the specific gravity of the tuber, the more fragile are the final 
potato chips and the more likely they are to break. This breakage is called "hash" in packages. 

For French fries, specific gravity has more influence on the quality of the finished fries 
and the production efficiency of the processing plant than any other single tuber quality. Specific 
gravity determines the French fry's texture, appearance, recovery rate, oil usage, and energy 
usage by the processing plant. Potatoes processed into French fries should be within a range of 
specific gravity, 1.080 to 1.089, to produce fries with excellent texture and appearance. High 
specific gravity does not guarantee the best texture, but low specific gravity does guarantee that 
the product will have an inferior consistency or texture. 

North American consumers prefer potato chips and French fries to have a uniform light 
color. Light brown, or darker color, chips are usually not well received. Finished product color in 
potato chip and French fry processing is determined particularly by glucose content. For low 
glucose content, proper maturation before harvest is essential for allowing reducing sugars to 
reach low levels in tubers. During frying, the critical chemical reactions that causes darkening of 
potato chips and French fries is non-enzymatic browning (Maillard reaction) during frying. 

The brown color caused by the Maillard reaction is due to polymerized cyclamen. 
Glucose in potato tissues reacts with asparagine, an amino acid, to produce cyclamen which then 
polymerizes during frying to form a discoloration. Asparagine is usually present at a sufficiently 
high concentration for this reaction, so, glucose is the limiting substrate. Glucose levels higher 
than about 0.35 mg/gram of fresh potato will result in brown product. 

4. FORAGES 

Forages are an important component of agricultural systems. In the United States more 
than 50% of agricultural land is kept in grassland pasture and cropland used only for pasture 
(USDA, 1992). The forage resource is the backbone of animal meat production. 

Nitrogen is the most limiting factor for grassland productivity. Hence, application of 
nitrogen fertilizers profoundly affects grassland systems in many ways. At low rates, nitrogen 
fertilization increases forage yield with little effect on forage nitrogen. It stimulates tiller 
development, increases leaf size, and lengthens the period of green leaves (Rhykerd and Noller, 
1974). At a higher level of nitrogen fertilization, yield and nitrogen concentration in the forage 
are increased. Increased water concentration and decreased soluble carbohydrates are commonly 
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observed after nitrogen fertilization of grasses (Messman at al, 1991; Brink and Fairbrother, 
1992). 

Most of the nitrogen taken up by the forages is incorporated into protein. However, 10-
30% of the absorbed nitrogen exists in the plant as non-protein nitrogen, mainly amino acids, 
nitrate, and secondary plant metabolites (Dougherty and Rhykerd, 1985). Accumulation of 
nitrates within forages can be a problem under conditions of high nitrogen supply and impaired 
photosynthesis, e.g. low level of solar radiation or drought stress (Stritzke and McMurphy, 
1982). Animal health problems are a consequence when nitrate is reduced to nitrite in the rumen 
and absorbed in the bloodstream. A wide range in critical forage nitrate concentration has been 
observed. Dougherty and Rhykerd (1985) reported that a nitrate concentration as low as 0.1% 
can cause problems, whereas Kemp and Geurink (1978) observed problems only at the much 
higher concentration of 6%. Low levels of soluble carbohydrates may cause problems with silage 
fermentation, resulting in poor silage quality. 

Nitrogen application will also increase the concentration of total organic acids and 
alkaloids in forage. Wedin (1974) and Odom et al. (1980) suggested that increased alkaloid 
concentration in reed canary grass (Phalaris arundinacea L.) and tall fescue {Festuca 
arundinacea Scherb.) may be responsible for lower forage palatability, resulting in lower forage 
intake. Bush et al. (1979) observed that accumulation of perloline in tall fescue was a 
contributing factor to summer toxicosis syndrome. 

Nitrogen fertilization also has an impact on mineral composition of the forage. If nitrogen 
is supplied in the ammonium form, uptake of cations such as calcium, potassium and magnesium 
is reduced (George and Thill, 1979). By lowering magnesium concentration, ammonium 
fertilization may induce grass tetany. Other effects of nitrogen fertilization on mineral 
composition of forages are inconsistent. Whitehead et al. (1986) found lower concentrations of 
macro and micronutrients, caused mainly by dilution, whereas Reid and Jung (1974) reported 
little effect of nitrogen fertilization on mineral composition of forage. 

Nitrogen fertilization of forages often had little impact on forage digestibility. Van Soest 
(1982) reported that as nitrogen fertilization increases lignin production, digestibility may be 
reduced. Others (Messman et al., 1991; Puoli et al., 1991) found that the rate of neutral detergent 
fiber digestion and with it animal feed intake was increased upon nitrogen fertilization. Nitrogen 
fertilization of forages was more likely to increase digestibility of warm season grasses because 
of their lower nitrogen content as compared to cool season grasses (George and Hall, 1983). The 
main beneficial effect of nitrogen fertilization of forages, on meat production per unit land, is 
increases in yield resulting in increased carrying capacity (Wedin, 1974). In warm season 
grasses, many studies found that increased nitrogen fertilization caused higher beef gains in 
kg/ha (Rhem et al., 1977; Perry and Baltensperger, 1979). 
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The need by humans to produce and consume food and other agricultural products is 
increasing. This need is directly related to increasing World population, demands for 
goods and services, and expectations. Nitrogen (N) is contained in all of the amino acids 
and proteins in the foods consumed by humans. The use of N to produce food and other 
products is generally increasing as human needs increase. Proteins are an essential 
component of the human diet because, unlike plants, humans are unable to utilize more 
simple forms of N and rely on food sources for protein which can then be digested to 
amino acids and used for protein synthesis in the body. Estimation of protein 
requirements for humans depends both on the content of essential amino acids and 
digestibility of the protein. 

Although humans may not be able to utilize more simple forms of N for normal 
physiological functions such as energy and synthesis of proteins, they are exposed to and 
capable of absorbing other forms of N such as nitrate (NOs") and nitrite (NO2"). Nitrate 
can be obtained from plant sources as well as from contaminated drinking water and is 
easily absorbed by the intestine. Nitrate itself is not generally considered as a health risk 
but may become a concern due to its conversion to NO2". The main health risk associated 
with NO3' consumption is methemoglobinemia due to the conversion of NO3" to NO2", 
which in turn can interact with hemoglobin leading to formation of methemoglobin, 
leading to oxygen deprivation of the cells. Secondary and related deleterious effects of 
exposure to NO3' include increased respiratory infections, inhibition of iodine uptake by 
the thyroid, and possible reproductive problems. Although concerns about NO3" and NO2" 
have been focused mainly on harmful effects there is growing acceptance for the 
beneficial effects of the related compound nitric oxide (NO). Nitric oxide is a free radical 
gas that acts as a messenger molecule for regulation of several systems including blood 
vessel dilation, hormonal and neurotransmission functions. 

Another group of N-containing substances are N-Nitroso Compounds (NOC) which 
include nitrosamines and nitrosamindes. These compounds are important to consider in 
the human diet since they are capable of participating in DNA alkylation and appear to be 
among the most potent and broad acting carcinogens known. In addition to the effect of 
N-containing compounds on humans it is important to consider the impact of humans to 
contribute to N loading into the environment. We estimate the total intake and loss of N 
by humans in the US to be in the range of 0.8-1.0 million MT/year indicating that N 
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excretion by humans has a large potential to impact the environment. Such impacts on 
the environment by N from humans are just as important to consider as those from 
livestock wastes, inefficient fertilizer-N use, or from other N sources. It is especially 
important to recognize the potentially serious environmental effects that may occur as the 
human population continues to grow. 

1. INTRODUCTION 

The need by humans to produce and consume food and other agricultural products is 
increasing. This need is directly related to increasing World populations, demands for 
goods and services, and expectations. With increased human demands, the need and use 
of nitrogen (N) to produce food and other products is increased because N is contained in 
all of the amino acids and proteins in the foods consumed and is essential for human 
survival and health. Diets in many parts of the World are protein deficient, often having 
an imbalance of essential amino acids. In other cases, the consumption of certain forms 
of N or the endogenous formation of harmful N-containing compounds can be harmful to 
human health. Finally, the N consumed by humans is also excreted and must be absorbed 
back into the environmental where it may have harmful effects. Too often, problems 
associated with N in the environment are dismissed as primarily resulting from 
agricultural production systems and inefficiencies in properly managing N source and 
their use. Numerous efforts continue to improve N-use efficiency, minimize losses and 
leakage of N into important water bodies, prevent natural resources degradation, and to 
understand the environmental impacts of N. However, it is also important to understand 
the important roles that the consumption of N-containing food products, the various 
forms of N in the human diet, and the potential for environmental impacts that can result 
from larger and larger amounts of excretory N as human populations grow. Amounts of 
N consumed and excreted by humans need to be quantified and acknowledged for their 
potential to impact the environment. Human numbers are increasing rapidly. The 
World's population reached a total of one billion people in 1900 and is currently 
projected at 6.1 billion (U.S. Census Bureau, 2001). Within the United States, the 
population increased from 76 million in 1900 to over 275 million people in 2000. As will 
be discussed later in this chapter the recommended dietary allowance (RDA, 1989) in the 
diet of a human adult weighing 70 kg is about 56 g of protein, or about 9 g of N/day or 
about 3.25 kg N/year (Wildman and Medeiros, 2000; RDA, 1989) The demand for 
protein, and thus the N it contains, is increasing dramatically. It is highly important to 
understand N intake and metabolism, beneficial and harmful effects on N in the human 
body, and the implications that can be derived about human dietary needs for N. The 
objective of this chapter is to discuss sources and forms of N in the diet, human 
requirements for N, metabolism, and potential harmful and/or beneficial effects of certain 
forms of N and N metabolites in the body on human health. In addition, estimates will be 
made of the amount of N consumed and excreted from food consumed by humans in the 
US and perspectives provided about World dietary N needs. 
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2. PROTEIN IN THE HUMAN DIET 

Plants can obtain N from the soil through uptake of nitrate (NO3") and/or ammonium 
(NH4'̂ ) ions by the root system. The NO3" can then be reduced to the NH4^ form and 
utilized by the plant to synthesize N-containing compounds (Fowden, 1981). Unlike 
plants, animals and humans are for the most part incapable of utilizing more simple forms 
of nitrogen and rely on food sources for pre-formed nitrogen compounds in the form of 
amino acids (Fowden, 1981). Amino acids are synthesized by plants and formed into 
proteins, which can then be ingested directly by animals and humans or indirectly 
through consumption of animal products such as milk, eggs, and meat. 

2.1 Protein Digestion 
Digestion of protein begins in the stomach first through denaturation of proteins by 

stomach acid. The denatured proteins can then be partially digested by a gastric enzyme 
called pepsin. Proteins are in most cases made up of more than one type of amino acid 
and the amino acids are connected by peptide bonds. Pepsin does not fully break proteins 
into single amino acids, as it is only capable of hydrolyzing peptide bonds involving 
aromatic amino acids such as phenylalanine, tryptophan, and tyrosine (Wildman and 
Medeiros, 2000; Wardlaw and Insel, 1996). The partially digested proteins or peptones 
enter the small intestine where they are acted upon by proteases secreted by the pancreas. 
The major pancreatic peptidases involved in protein digestion in the intestine are trypsin, 
chymotrypsin, and carboxypeptidase and result in formation of short peptides and free 
amino acids (Wardlaw and Insel, 1996). At the surface of the intestinal mucosal cells 
aminopeptidase will act on the peptides yielding individual amino acids and 
oligopeptides of 2-4 amino acids. The oligopeptides and amino acids are absorbed by the 
intestinal cells and finally broken down into free amino acids, which are transported 
through the portal vein to the liver where they can be used in protein synthesis. 

Twenty different amino acids are required for synthesis of needed proteins in the 
body. Humans are capable of synthesizing amino acids, but are unable to synthesize 8 to 
9 of the amino acids needed in the body, either at all or in sufficient levels for growth and 
maintenance. Cells in the human body can produce carbon skeletons to which amino 
groups from other amino acids can be added. The first step in catabolism of amino acids 
is the removal of the alpha-amino group. This amino group can then be incorporated into 
other compounds or excreted from the body. The removal of this amino group from most 
amino acids involves transfer to a-ketoglutarate. This results in the formation of an alpha 
keto acid (from the original amino acids) and the formation of glutamate. So alpha keto 
glutarate accepts the amino group and become glutamate. Glutamate can undergo 
transamination resulting in deamination for disposal of amino groups or it can donate its 
amino group to another carbon skeleton for the formation of non-essential amino acids in 
the body. Transamination is catalyzed by several enzymes classified as 
aminotransferases. Transamination is also important in excretion of amino acids brought 
into the urea cycle as glutamate. There are eight to nine essential amino acids that the 
body must get through the diet because the body either cannot make the carbon skeleton 
necessary for that specific amino acid, has no pathway for the addition of the amino 
group, or cannot process the amino acid in high enough concentration to meet the needs 
of the body (Wardlaw and Insel, 1996). These amino acids, referred to as essential amino 
acids, must be obtained from food sources and include isoleucine, leucine, lysine, 
methionine, phenylalanine, threonine, tryptophan, and valine. Infants additionally require 
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histidine as an essential amino acid for growth and development (Wildman and Medeiros, 
2000). 

Protein synthesis is inhibited when there is a lack of only one amino acid in the diet. 
If a proper balance of the amino acids is not received protein synthesis will cease when 
the amino acid in the lowest concentration (limiting amino acid) is exhausted. This is 
known as the "all or none" law. If the limiting amino acid is depleted, then the remaining 
essential amino acids obtained from the diet will be broken down and be unavailable as a 
source for protein synthesis. Different types of food have different amounts of the amino 
acids needed for growth and maintenance. The biological value of food is the amount of 
nitrogen digested, absorbed, and used by the body but not excreted and reflects the 
distribution of amino acids found in the food and how well it meets the amino acid 
requirements of the individual (Wildman and Medeiros, 2000). 

2.2 Sources of dietary protein 
There is no one perfect food for protein requirements and just because a food source 

contains high concentrations of protein does not mean it has a high biological value. A 
protein with a high biological value, or a complete protein, is normally obtained from an 
animal source, such as meat and milk and would contain all essential amino acids in a 
distribution similar to what is required for growth and maintenance in the human 
(Wildman and Medeiros, 2000). Eggs show distribution of amino acids at mixtures most 
similar to what is required by the body and are used as the standard by which all other 
protein sources are measured. A protein source with a low biological value has all nine 
essential amino acids but not in a distribution necessary for normal growth and 
maintenance in humans. Protein sources with low biological values are also called 
incomplete proteins and most plants fall in this category (Wildman and Medeiros, 2000) 

2.3 Protein quality 
Unlike animal protein sources, plant protein sources are generally deficient in lysine, 

tryptophan, or methionine (Garrison and Somer, 1995). However, animal proteins do not 
need to be consumed to obtain a balance of all the essential amino acids. Incomplete 
protein sources can be combined to balance the limiting amino acids in another 
incomplete protein source. These two protein sources would be referred to as 
complementary proteins. For instance beans (low in methionine) can be combined with 
rice (low in lysine) so that a balance of all essential amino acids are consumed. 

Healthy adults require approximately 15 % of the source of protein in their diets to be 
composed of the essential amino acids and a typical western diet supplies around 50 %. 
When obtaining essential amino acids through incomplete proteins, healthy adults do not 
need to consume both complementary proteins in the same meal but can consume them 
throughout the day. Infants and children require a higher percentage of essential amino 
acids (around 35 % of total protein) due to growth and development. If incomplete 
proteins are being consumed as the protein source in children, consumption of both 
complementary proteins in one meal is suggested (Wardlaw and Insel, 1996). 

Protein is the second most plentiful substance in our bodies (with water being first), 
comprising one-fifth of our total body weight (Garrison and Somer, 1995). Proteins are a 
major constituent of all living cells and are important components of muscle, body 
organs, skin, hair, and nails as well as enzymes and immune system compounds 
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(Garrison and Somer, 1995). Proteins also participate in regulation of fluid balance and 
regulation of blood pH and can serve as an energy source. 

The liver is the main site of protein amino acid metabolism. In a normal adult human 
75 % of amino acids are utilized in protein synthesis due to the continuous catabolism 
and synthesis of proteins (Garrison and Somer, 1995). An average adult male can 
synthesize 300 g of new protein a day (Garrison and Somer, 1995) Amino acids not used 
for protein synthesis can be converted to other important nitrogen containing compounds 
including purines, pyrimidines, choline, creatine, niacin and porphyrins (Garrison and 
Somer, 1995). 

Proteins supply about 2-5 % of the energy needs of the body. In comparing energy 
sources, fat generates 9 calories per g of fat and carbohydrates generate 4 calories per g 
of fat. As an energy source proteins are similar to carbohydrates in that they can generate 
4 calories per g of protein, but considerable processing by the liver and kidneys is needed 
for utilization of energy from protein (Wardlaw and Insel, 1996). Proteins are first broken 
down into free amino acids and the amino group is removed for utilization as an energy 
source. Removal of nitrogen from amino acids results in the formation of carbon 
skeletons, which can be metabolized to acetyl Coenzyme A (acetyl CoA) and pyruvate 
and used in energy production through the citric acid cycle. 

Catabolism (i.e. the breakdown), of amino acids results in the formation of amino 
(NH2) groups which are converted to the ammonia (NH3) form. Ammonia must be 
excreted as increased concentrations are toxic to the cells in the body. Excretion of NH3 
in humans occurs through the synthesis of urea. Urea is synthesized by liver and secreted 
into the bloodstream where it is then taken up by the kidneys for excretion in the urine. 
An NH3 and an NH2 group react with carbon dioxide through a series of steps known as 
the urea cycle to form urea and water. Urea can then be excreted through the urine. 

2.4 Protein requirements by humans 
When humans become adults and are in a healthy state there is no net gain in body N 

stores (Fowden, 1981). In other words, protein intake beyond that required for 
maintenance and excretion in a normal healthy adult equals protein loss. This is known 
as "nitrogen balance" and can be determined by measuring the difference between 
protein-N intake and excretion of N in urine or urea-N excretion (Zeman, 1991). During 
growth or recovery from illness, protein requirements are increased due to protein needed 
to build or repair new tissue. In this case a positive N balance would occur due to the 
intake of protein-N being higher than the output. If not enough protein is consumed and 
proteins are being broken down faster than they are being synthesized than a negative N 
balance will occur. In other words the catabolism and excretion of protein is higher than 
is the intake of protein (Wildman and Medeiros, 2000). 

If the amount of protein-N consumed is equal to the amount lost then this is known as 
N balance. One equation for estimating the amount of protein that would need to be 
consumed to maintain N balance is: 

Nitrogen balance= 24 hour protein intake - (UUN + 4 ) 
6.25 
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In this equation grams of protein ingested, which are made up of about 16 % nitrogen 
is converted to grams of N by dividing by 6,25. Excretion of N is equal to excreted urea 
over 24 hours in the urine (UUN) + 4 g/d non-urea N loss (this includes non-urea N in 
urine, fecal N loss from digestive enzymes and sloughed intestinal cells, and 
integumental loss (Zeman, 1991). 

A normal adult male (70 kg) loses approximately 54 + 2 mg of N/ kg body weight per 
day, meaning the estimated N requirement to maintain N balance would be 70 mg N/kg 
body weight per day, which can be converted to 0.45 g of protein/ kg body weight per 
day. (Wildman and Medeiros, 2000). However it is important to consider that as ingestion 
of protein increases to levels approaching the requirement of the individual there is a 
decrease in the utilization of dietary protein which can increase requirements from 0.45 to 
0.57 g protein/kg body weight/day. In addition the source and quality of the protein can 
affect utilization and increase amounts that must be ingested. It has been determined that 
protein quality from Western diets is about 75 % of protein quality from eggs (Wildman 
and Medeiros, 2000). With this in mind dietary protein intake needed to maintain N 
balance would be 0.57 g protein/kg body weight per day x 100/75 = 0.8 g protein/kg 
body weight/day (Wildman and Medeiros, 2000). It is of interest to note differences 
between adults and infants. As stated above dietary intake needed to maintain N balance 
in adults would be 0.8 g protein/kg body weight/ day. However due to increased needs 
for growth, requirements for very young infants can be as high as 1.98 g of protein/ kg 
body weight/day during the first month of life and decreases to that of other age groups 
by about 4 months. (Fomon, 1993). 

Estimated protein recommendations for most healthy adults are based on grams of 
protein needed/kg of desired body weight. However considerations for a recommended 
value that need to be taken into account are the quality of the protein, age and state of the 
individual as well as energy needs (Garrison and Somer, 1995). The recommended 
protein allowance in the US for maintenance of a normal, healthy individual is 0.8 g/kg 
body weight per day. This value can vary due to growth and illness due to increased 
requirements for growth and repair. Children under two may need 1.2 g/kg body weight 
for increased growth. Pregnant and lactating women can require up to 6 g of protein/kg 
body weight per day (Garrison and Somer, 1995). 

Another method for estimation of N requirements is based on energy needs. If energy 
intake from carbohydrates and fats is too low then the body will use protein as an energy 
source, which can result in degradation of muscle. Carbohydrates can act as a N-sparing 
agent by prevention of amino acid catabolism for use as an energy source. The elderly 
population may have a higher protein need due to decreased energy intake leading to 
muscle loss and some studies have suggested an increase to 1.25 g/ kg body weight per 
day in this population (Wardlaw and Insel, 1996). For maintenance in a normal healthy 
adult the ratio of kilocalories to N (from protein) suggested is around 300:1 or 300 kcal 
for every 1 g of N (or 6.25 g of protein) (Zeman, 1991). For anabolism the suggested 
ratio of calories to N is 150 kcal/g N. A group that can be at risk of inadequate protein 
consumption related to caloric intake are the elderly. 

In developing countries diets may be low in energy and protein leading to protein-
energy malnutrition. It has been estimated that around 500 million children worldwide 
suffer from protein-energy malnutrition (Wardlaw and Insel, 1996). There are two major 
types of protein-energy malnutrition; marasmus and kwashiorkor. In marasmus or 
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general starvation there is insufficient intake of both energy and protein resulting in 
overall wasting. There is little fat stored or muscle mass and death occurs frequently from 
infections. Kwashiorkor is a word in Ghana meaning disease of the first child. This is 
due to the mother having another child and stopping breastfeeding of the first child thus 
changing the child's diet from the nutrient rich milk to roots and gruels significantly 
decreasing protein availability in the diet. In kwashiorkor, there is marginal but adequate 
energy consumption and extremely low protein intake. This results in fat stores being 
preserved as well as decreased catabolism of muscle protein. Turn over of amino acids in 
muscle is a vital function for synthesis of essential proteins such as albumin and 
immunoglobulins (Brody, 1994). In kwashiorkor infection, edema and poor growth are 
common with continuing decreases in proteins essential for proper function. 

Most American adults meet or exceed the recommended allowance and on average 
consume two to three times the recommended levels (Garrison and Somer, 1995). 
Increased intake in healthy adults above the RDA is not generally required as there are no 
identified benefits in exceeding amounts of 1.5 g protein consumption per kg body 
weight per day. 

3. EFFECTS OF NITRATE IN THE DIET 

Although humans may not be able to utilize more simple forms of N for normal 
physiologic functions such as energy and synthesis of proteins, they are exposed and 
capable of absorbing other forms of nitrogen in the diet such as NOs", which must be 
considered for its effect on human health. The natural presence of NOs" in plants is due to 
the nitrogen cycle in which organic forms of N are converted to the mineral forms of N; 
i.e. NOs', N H / , and nitrite (N02')- by microorganisms and taken up by the plants. 
Because NOs" can be accumulated in the tissues of a number of edible plants, vegetables 
can be a major dietary source of NO3'. Humans can also be exposed to NOs" that is 
present in rural drinking water supplies due to contamination from agricultural or other 
sources. Under normal conditions NO3" is found only in small amounts in drinking water 
and is mainly ingested in the diet from cured meats and green vegetables such as spinach 
and lettuce and roots such as beets and carrots. Nitrate is easily absorbed by the intestine 
and in general rapidly metabolized and excreted in the urine. In general NOa" is not 
usually considered a health risk but may become a concern due to its conversion to NO2' 
and N-nitroso compounds (NOC). Due to these concerns NO3' metabolism in humans 
must be examined. 

3.1. Methemoglobinemia 
The main health risk associated with NO3' consumption in humans is development of 

methemoglobinemia due to NO2' derived from NO3'. The iron contained within 
hemoglobin, in red blood cells is normally in the ferrous (reduced) state. Through 
oxidation, ferrous iron can be converted to ferric iron and this conversion of the iron to 
the oxidized state prevents transport of oxygen throughout the body. When the ferrous 
iron in heme is converted to ferric iron the resulting hemoglobin is referred to as 
methemoglobin (MHb). Methemoglobin doesn't have the capacity to transport enough 
oxygen to supply the cells with an adequate amount of oxygen. 
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Under normal conditions the presence of a small amount of MHb is normal, making 
up approximately 1 % of the total hemoglobin (Hb) in adults and around 2 % in infants 
(Wright et al, 1999). Red blood cells do contain mechanisms to protect against oxidation 
and are capable of converting MHb back to hemoglobin. However, the red blood cell has 
a finite life span and over time loses its ability to protect against oxidation. Continued 
oxidative stress resulting in the formation of MHb is considered to be a normal 
mechanism for the identification of aging cells that the body needs to remove from 
circulation (Coleman and Coleman; 1996; Faivre-Fiorina et al, 1998; and Wright et al, 
1999). Although MHb is a normal product of metabolism in the body, 
methemoglobinemia occurs under abnormal conditions when levels of MHb become too 
high for adequate transport of oxygen to cells in the body. 

One of the most apparent manifestations of methemoglobinemia is cyanosis in which 
the skin can appear blue in color, because of the lack of oxygen in the blood. 
Consequently, methemoglobinemia in infants is referred to as 'blue baby syndrome'. 
Cyanosis has been shown to be evident even at levels of 5-10 % of Hb in the form of 
MHb especially in the appearance of the bluish color in the lips and nails (Bruning-Fann 
and Kaneene, 1993a). Blood taken from an individual with methemoglobinemia exhibits 
a characteristic chocolate brown color due to oxidation. Other manifestations include 
drowsiness and lethargy as well as diarrhea and vomiting and, due to oxygen deprivation 
to body cells, can lead to death. 

3.1.1. Contribution of dietary nitrate 
Many compounds can contribute to the formation of methemoglobinemia but the 

most commonly reported is NO3'. Nitrate presents a health risk for humans and animals 
when they are converted to NO2' and absorbed by the body. Absorbed NO2" can interact 
with hemoglobin and oxidize the ferrous iron, inhibiting oxygen transport. Development 
of methemoglobinemia due to ingestion of water containing high NO3" is well known 
with the most common cases being due to contaminated well water. However, some 
municipal water contamination has been reported as well (Bruning-Fann and Kaneene, 
1993a). Most cases of methemoglobinemia result from a water source with NOs" levels 
above 45 ppm (i.e. 10 ppm NOs" -N) however, some reports indicate increased 
concentrations of NOs" in the water boiled for sterilization due to evaporation (Bruning-
Fann and Kaneene, 1993a). The ingested NOs' can be reduced to NO2" in the gut by 
nitrate-reducing bacteria. In addition, bacterial contamination of water high in NO3" is 
common and contributes to increased toxicity by reducing NO3" before consumption. 

In humans, NOs" in food does not in general contribute significantly to 
methemoglobinemia. This may be due to the presence of compounds in foods such as 
ascorbic acid or other chelates, which can inhibit NO2" formation in the gut. The most 
common food related toxicity is the ingestion by infants of infant formula mixed with 
contaminated well water (Bruning-Fann and Kaneene, 1993a). Increased concentration of 
NO3" in breast milk has not been substantiated by the literature suggesting that it is not 
concentrated in human milk and reflects the plasma levels of the mother (Dusdieker et al., 
1996; Bruning-Fann and Kaneene, 1993a) 

There is some evidence to support improper storage or handling of foods as 
contributors to methemoglobinemia. Many vegetables such as lettuce, spinach, and root 
vegetables such as carrots contain high levels of N03'. Plant NO3" converted to NO2" prior 
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to ingestion have been implicated as a cause of contamination in home-prepared spinach, 
stored at room temperature (Fomon, 1993). Similar conditions were seen in the 
preparation and improper storage of carrots. 

3.1.2. Factors affecting susceptibility to methemoglobinemia 
Several factors contribute to increased sensitivity to methemoglobinemia. Age is a 

considerable contributor to increased sensitivity for several reasons. Infants under six 
months are more sensitive to methemoglobinemia than children and adults due to the 
stomach pH being greater than 4. This higher pH decreases the effectiveness of the 
stomach in prevention of the growth of nitrate-reducing bacteria. Older adults can also 
experience higher stomach pH and be at risk for methemoglobinemia for this same 
reason. 

Infants also have an increased risk because they consume more water per unit of body 
weight than an adult and as mentioned above infants who's only food source is home 
prepared formula are more at risk than breast fed infants if the formula is made with tap 
water high in NO3" (Bruning-Fann and Kaneene, 1993a). Pre-natal methemoglobinemia 
has also been shown to occur in pregnant women consuming water containing high 
concentrations of NOa". Nitrite has clearly been shown to cross the placenta and cause 
methemoglobinemia in the developing fetus (Wright et al, 1999). In addition, pregnancy 
in rats has long been associated with naturally higher levels of MHb which may 
exacerbate any contribution from nitrate ingestion and may need to be considered in 
humans as well (Tarburton et al, 1985). Another factor which might play a role in the 
sensitivity of the fetus and in the newborn infant, is the presence of fetal hemoglobin. 
Fetal red blood cells have higher oxygen affinity than adult red blood cells due to 
differences in the amino acid sequence of the globin chains. This causes fetal hemoglobin 
to be more easily oxidized than the predominant form of hemoglobin in adults (Wright et 
al, 1999). Although fetal hemoglobin decreases after birth, it is still present in the 
newborn infant and may contribute to sensitivity to MHb formation during the first 
months of life. 

Under conditions of diarrhea and dehydration metabolic acidosis can occur. Although 
the mechanism is not completely understood, condition of acidosis can lead to 
methemoglobinemia even without known exposure to NO3" and may contribute to 
increased sensitivity in the presence of NO3". 

Over 140,000 people receive dialysis treatment each year. Dialysis patients are also 
at risk and must be careful to use water known to contain less than 2ppm N in the NO3" 
form (i.e. NO3" -N) (Fan et al, 1987). 

Although not related to increased MHb formation anemic patients might experience 
more deleterious effects due to less hemoglobin bioavailability. A normal person with a 
hemoglobin concentration of 15 g/dL with 20 % being composed of MHb would still 
have 12 g/dL of normal hemoglobin whereas an anemic individual with a hemoglobin 
value of 8 g/dL would only have 6.4 g/dL of normal hemoglobin available (Wright et al., 
1999). 

3.1.3. Metabolic pathways and protective mechanisms 
Since the red blood cell is constantly exposed to high concentrations of oxygen and is 

thus exposed to oxygen free radicals, the body has developed protective mechanisms for 
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reduction of iron in MHb back to the ferrous state and if nitrates are removed minor cases 
of methemoglobinemia can resolve on their own. In a normal adult human approximately 
15 % of the MHb can be reduced back to hemoglobin per hour (Wright et al., 1999). The 
cytochrome-bs-MHb reductase pathway is the main form of reduction protection in the 
body with 99 % of MHb reduction occurring through this pathway (Wright et al., 1999). 
The two enzymes involved in this pathway are cytosolic cytochrome-bs and cytochrome-
bs reductase. NADH produced through the glycolytic pathway is also required for the 
reaction to occur. This pathway helps to control normal endogenous formation of MHb 
however factors related to decreases in enzymatic activity can contribute to formation of 
higher concentrations of MHb. 

Under normal conditions infants under 6 months have reduced levels of cytochrome-
bs reductase with concentrations at birth only being half that of an adult (Wright et al., 
1999; Hjelt et al., 1995). In addition some congenital factors related to this pathway may 
aggravate conditions brought on by nitrate ingestion in adults. Cytochrome-bs reductase 
and cytochrome bs deficiencies can occur. Both deficiencies are autosomal recessive and 
result in increased levels of MHb due to decreased reduction capacity of this main 
pathway. 

Another pathway to consider in the treatment of MHb is Nicotinamide adenine 
dinucleotide phosphate (NADPH)-MHb reductase. This enzyme is not specific for the 
reduction of MHb but instead functions in the metabolism of xenobiotics.. Methylene 
blue is commonly used in the treatment of methemoglobinemia. However, methylene 
blue itself is an oxidizing agent. NADPH-MHb reductase has an affinity for methylene 
blue and reduces the dye to leukomethylene blue, which has an affinity for MHb and can 
act as a reducing agent to reduce the iron to the ferrous state. The reaction occurs quickly 
and significant amounts of MHb can be reduced within 30 minutes. In a person with a 
congenital NADPH-MHb reductase deficiency the methylene blue will not be converted 
as efficiently leading to more methylene blue acting as an oxidizing agent than a reducing 
agent which can in turn cause hemolysis of the red blood cells (Wright et al., 1999). 

Glucose-6-phosphate dehydrogenase (G6PDH) deficiency may also contribute to 
methemoglobinemia. This enzyme is part of the hexose monophosphate shunt and is 
therefore involved in the synthesis of NADPH, which is utilized in the reduction of 
methylene blue and may therefore decrease the effectiveness of the treatment (Wright et 
al., 1999). Although cytochrome-bs reductase is the main pathway for reduction of MHb 
and methylene blue is the most common clinical treatment used, other compounds can 
play minor roles. Both ascorbic acid and glutathione can act indirectly as cellular 
antioxidants and in some individuals with congenital deficiencies up-regulation of 
reduction is thought to occur through these compounds. However, deficiencies in these 
compounds do not lead to methemoglobinemia (Wright et al., 1999). 

Dextrose can also act indirectly by contributing glucose for glycolysis and for the 
hexose monophosphate. The reduced nicotinamide adenine dinucleotide (NADH) created 
through glycolysis is utilized in the cytochrome-bs reductase pathway and the NADPH 
produced in the hexose monophosphate shunt is involved in the reduction of methylene 
blue. Therefore high enough concentrations of glucose for these pathways should be 
considered for increased efficiency (Wright et al., 1999). 
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3.2. Secondary and related effects 

3.2.1 Acute respiratory infection 
A possible secondary effect of methemoglobinemia from exposure to NO3" in water is 

the increased risk of respiratory tract infections. Animal studies have suggested changes 
in bronchi and lung cells along with increased presence of lymphocyte in the lung 
(suggesting increased infection) in animals consuming high NO3' diets. The damage to 
the tissue increased with higher NO3' levels in the ingested water. A study in 8 year old 
children in India demonstrated a strong positive correlation between methemoglobinemia 
due to well water NO3" and the incidence of respiratory tract infections. It is thought that 
the high NO3" leads first to methemoglobinemia, causing hypoxia and increased free 
radicals of nitric oxide (NO) and oxygen. Since NO can act as a vasodilator this may 
cause changes in pulmonary circulation and alveoli providing high- risk conditions for 
respiratory tract infections (Gupta et al., 2000). 

3.2.2. Thyroid 
Although methemoglobinemia has been identified as a major human health risk from 

exposure to NO3", there are other health risks from NO3" in drinking water including 
deleterious interactions with the thyroid gland. The thyroid gland synthesizes two 
iodoamino acid hormones which play a role in general metabolism and developmental 
regulation, as well as regulation of tissue differentiation. Thyroid hormones are 
distinctive in that they require iodine to be active. 

Nitrate appears to inhibit both uptake and retention of iodine by the thyroid. Nitrate 
is of similar in size and charge to the iodide ion and appears to compete with the iodide 
binding site in the thyroid (Zraly et al., 1997). The effect on the thyroid is similar to that 
seen with the administration of thiocyanate and perchlorate anions, which also inhibit 
accumulation of iodide in the thyroid (Jahreis, et al., 1986). 

The effect of NO3" on the thyroid was first observed in rats by Wyngarden et al, 
(1952) (Bruning-Fann and Kaneene, 1993a). Further studies in rats and similar studies in 
chickens confirmed altered thyroid metabolism and decreased iodide uptake along with 
increased thyroid size, which is indicative of an attempt of the thyroid to compensate for 
decreased hormone synthesis (Bruning-Fann and Kaneene, 1993a). 

Ruminant animals such as sheep also demonstrate decreased uptake of iodine by the 
thyroid. However there is some evidence to support an increased ability of ruminants to 
adapt to increased NO3" consumption over time (Bruning-Fann and Kaneene, 1993a). On 
the other hand administration of potassium nitrate to bulls resulted in decreased thyroxin 
levels, indicative of depressed thyroid gland activity. It is thought that this decrease in 
hormone level lead to an observed effect on the libido and delayed onset of erection and 
mounting suggesting that the effect of NO3' on ruminant animals should not be 
overlooked (Zraly et al., 1997). 

It is also apparent that human populations exposed to high NO3' levels in drinking 
water show a similar increase in thyroid volume and decreased levels of thyroid 
stimulating hormone. The effect is dose dependent with differences in thyroid volume 
occurring above 50 mg/L (van Maanenen et al., 1994). Guidelines for concentrations of 
NO3" in water have been developed for the prevention of methemoglobinemia As 
summarized by Fraser and Chilvers, (1981) current WHO European Standards for 
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drinking water recommend levels of nitrate of less than 50 mg/L. while the standard in 
the U. S. is 45 ppm, (USEPA, 1973, 2001,) Yet is important to note around 50 mg/L 
alteration in thyroid metabolism might manifest in humans (van Maaenen et al., 1994). 

Alteration in thyroid metabolism must be seriously evaluated in both the monogastric 
and ruminant animal in that it may partially explain some other effects seen from NO3" 
consumption including immune function, reproduction, and fetal developmental 
problems. 

3.2.3. Birth defects and reproduction 
The potential effects of NO3" on reproduction and normal fetal development in 

humans remains a topic of controversy. It has been clearly shown that NO2" can cross the 
placental barrier in animals (Bruning-Fann and Kaneene, 1993b) and research suggests 
that transfer may occur in humans as well due to the presence of fetal 
methemoglobinemia when high NO3" was consumed by the mother during pregnancy 
(Bruning-Fann and Kaneene, 1993b). Due to placental transfer of NO3" the risk of 
spontaneous abortion associated with fetal methemoglobinemia has been studied. In 
ruminants a clear relationship between N03' intake and abortion have been established. In 
cows, fetal death and abortion have been linked to ingestion of high N03' by the mother. 
(Bruning-Fann and Kaneene, 1993a; R.F. Follett, unpublished observations). Similar 
results are seen in sheep (Bruning-Fann and Kaneene, 1993a). The cause of the abortion 
is thought to be due to fetal methemoglobinemia, which results in death due to hypoxia 
and is supported by demonstration of decreased oxygen saturation of umbilical cord 
blood and elevated nitrate in the dead calves (Bruning-Fann and Kaneene, 1993a). 

The effect of N03' ingestion in monogastric animals during pregnancy is less clear 
and in general is less likely to occur in the presence of NO3' and requires higher levels of 
NO2' than in ruminants for detrimental outcomes to occur. (Bruning-Fann and Kaneene, 
1993a; Fan and Steinberg, 1996). Ground water NO3" and NO2' as a cause of fetal 
methemoglobinemia have also been implemented as a risk for spontaneous abortions in 
humans (Bruning-Fann and Kaneene, 1993b). However, other studies have shown no 
association between increased water NO3' consumption and abortion at levels higher than 
40 ppm NO3" (Bruning-Fann and Kaneene, 1993b). 

Nitrosating substances may influence DNA alkylation and transcription. Therefore, 
the effects of NO3" and NO2' during pregnancy need to be considered in the proper 
development of the fetus (van Maanen et al., 1996a;). A review by Fan et al. suggests 
that studies in animals such as mice rats and guinea pigs do not appear to fully support an 
increase in congenital malformations from ingestion of N03' and NO2' at levels that 
might be encountered in drinking water (Bruining-Fann and Kaneene, 1993b; Fan et al., 
1987). 

Although links with N03' and N02" consumption and birth defects of the central 
nervous and musculoskeletal system have been alluded to in humans, epidemiological 
studies do not support a clear connection. However due to recognized detrimental effects 
of N03" in the diet this area should not be ignored and further research is suggested 
(Bruning-Fann and Kaneene, 1993b). 
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4. NITRIC OXIDE 

The role of NOa" and N02" in the diet has mainly focused on their deleterious effects. 
However, there is growing acceptance for the beneficial importance of these compounds 
in the synthesis of nitric oxide. Nitric oxide (NO) is a free radical gas important in normal 
physiological function where it acts as a messenger molecule for regulation of several 
systems including blood vessel dilation, hormonal and neurotransmission functions. 
Nitric oxide can be produced endogenously with the main source being from the amino 
acid arginine. The enzyme nitric oxide synthase (NOS) catalyzes a five-electron 
oxidation of an amidine nitrogen of arginine resulting in the synthesis of citruUine and 
NO (Murray et al., 1994; Ellis et al., 1998). The NOS enzyme contains a tightly bound 
heme and is similar in structure to the cytochrome P-450 reductase enzyme (Pufahl and 
Marietta, 1993). Nitric oxide is a small molecule and is lipophilic allowing for rapid 
diffusion through cell membranes for interaction with intracellular target compounds 
(Ignarro et al., 1999). Nitric oxide has a biological half-life of approximately 5 seconds 
allowing it to act exceptionally well as a local mediator of physiological function 
(Moncada and Higgs, 1991). In healthy adults, NO reacts in the body with water to form 
NO2-, which is an unstable compound in blood and quickly converts to NO3' (Ellis et al., 
1998). Both NO3' and NO2' can then be excreted in the urine. 

The role of NO in the body can be divided into two groups. First is its action as a 
messenger molecule where it plays a role in vascular tone, platelet activation, immune 
response and as a neurotransmitter. The second category is related to its function as a 
cytotoxic molecule important in host defense but also as a harmful compound related to 
autoimmune diseases (Moilanen and Vapaatalo, 1995). 

4.1. Target compounds 
Nitric oxide has five main molecular targets in the body; heme proteins, enzymes, 

DNA, thiols, and superoxide (Radomski, 1995). One of the most important heme proteins 
that NO binds is guanylate cyclase (GC). Binding of NO results in the activation of GC 
leading to increased synthesis of cyclic guanosine monophosphate (cGMP) a compound 
involved in the mediation of ion flux, modulation of cyclic adenosine monophosphate 
(cAMP)-mediated responses and increases in protein kinase phosphorylation reactions 
(Radomski, 1995). Nitric oxide also interacts with hemoglobin and myoglobin resulting 
in the degredation of NO and thus a decrease in the biological activity of NO (Radomski, 
1995). Nitric oxide can act on other enzymes such as complex I and II of the 
mitochondrial electron transport chain and aconitase in the TCA cycle. Interaction with 
these enzymes has been linked to some of the cytotoxic effect of NO (Radomski, 1995). 
Inhibition of DNA synthesis can occur from macrophage NO through the inhibition of 
ribonucleotide reductase; the rate-limiting enzyme in DNA synthesis (Lepoivre et al, 
1991). Interaction with thiols through the nitrosylation of sulfhydryl groups may offer a 
storage mechansim for readily available NO (Stamler et al., 1992; Radomski, 1995). 
Interaction of NO with superoxide results in the formation of peroxynitrite a highly 
reactive molecule, which can participate in the oxidation of many compounds and may 
relate to some of the more detrimental effects of NO. 
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4.2. Relaxation of smooth muscle 
One of the most well-documented functions of NO in the body is its action as a 

relaxing factor on smooth muscle of blood vessel walls leading to vasodilatation and a 
decrease in blood pressure (Ellis et al., 1998). The interaction of NO3" with hemoglobin 
in methemoglobinemia allows for an understanding of the role of NO in vasodilatation. 
Nitric oxide first diffuses out of the cell it was synthesized in and acts on neighboring 
cells. The intracellular enzyme guanyl cyclase contains a heme prosthetic group to which 
the NO can bind resulting in a conformational change causing activation of the enzyme. 
This results in the production of cGMP, which causes relaxation of the vessel walls, 
which leads to vasodilatation and hypotension or a decrease in blood pressure. In the 
heart, cGMP will act to relax the muscle and decrease the force of the contractions by 
stimulating ion pumps that maintain low cytosolic Câ "̂  concentrations. 

Although the primary synthesis of NO in the body occurs through arginine 
metabolism, it has been suggested that dietary NO3- and NO2- can be converted to NO 
and contribute to endogenous NO synthesis as well (Gruetter et al., 1981). Vasodilator 
therapy is commonly used for management of congestive heart failure. Nitrate 
compounds such as nitroglycerin (glyceryl trinitrate), are among the oldest and most 
utilized compounds in vasodilator therapy with a well-documented decrease in 
intromyocardial pressure leading to improved perfusion of the heart. Although NOs" is 
generally considered an inorganic molecule, within the medical field it is common to 
refer to a number of compounds, including nitroglycerin, as "organic nitrates". While it 
has been known for over 100 years that ingestion of nitroglycerin resulted in dilation of 
veins and arteries, it was not until 20 years ago that a connection with NO was truly 
recognized (Ignarro, 1999). Nitroglycerin interacts with thiols such as cysteine and 
glutathione in the cell such that chemically unstable nitrosothiols are formed, upon which 
NO is released (Ignarro, 1999). The formation of NO is slow for nitroglycerin allowing 
for the effects of nitroglycerin to be long-lasting. Pharmacological administration of 
nitroglycerin along with many other organic nitrates has been clearly shown to result in 
the formation of NO. The formation of NO from inorganic NO3- and NO2- is important in 
considering the role diet might play in regulation of NO formation. 

The role of orally administered sodium nitrite is well documented and is known to 
increase guanylate cyclase activity leading to vasodilatation (Classen et al, 1990). 
Inorganic NO2- is a weak activator on its own but similar to nitroglycerin is slightly 
enhanced in the presence of thiols which decrease its chemical stability resulting in 
increased release of NO (Ignarro, 1999). Although a strong connection has not yet been 
established, some discussion has centered around the contribution of dietary NO3- to 
blood pressure. Hypertension appears to be lower in vegetarians and the major 
contribution of NO3- in the diet is from vegetables. Therefore the potential contribution 
of dietary NO3- to decreased blood pressure has been considered but not fully evaluated 
(Classen et al., 1990). However research suggests "inorganic nitrates" may have little 
consequence on vasodilatation unless converted to NO2- (Classen et al., 1990). 

Ingestion of NO3- and NO2- from water has also been studied in relation to 
hypertension but the studies are conflicting (Bruning-Fann and Kaneene, 1993b). With 
higher incidences of hypertension in communities with nitrate-free water than in 
communities with water levels averaging 45 ppm and reported increases in hypertension 
in communities consuming water with nitrate when compared with communities 
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consuming nitrate-free drinking water suggesting the need for further investigation on the 
effect of dietary nitrates and well water nitrates on hypertension (Bruning-Fann and 
Kaneene, 1993b). 

The importance of NO in relaxation of smooth muscle also appears to contribute to 
regulation of other physiological functions. Nitric oxide has been identified in exhaled air 
and is thought to contribute to the moderation of normal respiration through bronchial 
dilation (Ward et al., 1993). Nitric oxide mediated relaxation of smooth muscle is also of 
benefit to the gastrointestinal tract serving as a regulator of gut motility (Calignano et al., 
1992). Interestingly NO may be extremely important in the development of the infant gut 
as well. Infants appear to show high production of NO shortly after birth (Honold et al, 
2000). In addition, NOs" and NO2' present in human breastmilk may also result in the 
formation of NO. As discussed earlier, NO3" and NO2' are present in breastmilk at levels 
reflecting maternal plasma. At normal physiological levels NOs" and NO2" may be 
converted to NO and play a critical role in regulating the infant's developing mucosal 
blood flow and gastric motility. Nitric oxide may also play a role in the gut that is similar 
to adults through development of bacteriostasis (lizuka et al, 1999). 

Nitric oxide has been shown to increase during pregnancy with a concomitant rise in 
cGMP and is important in the prevention of pre-eclampsia. Pre-eclampsia is a 
multisystem disorder seen in 4-5 % of all pregnancies and is a leading cause of both 
maternal and neonatal death. Symptoms include increased blood pressure and 
hypertension. Long-term inhibition of NO synthesis results in manifestation of the 
symptoms and an NO deficiency has been linked to women exhibiting pregnancy-
induced hypertension (Weiner et al., 1994). 

4.3. Platelet aggregation 
Endothelial cell release of NO not only results in vaso-relaxation but also is a potent 

inhibitor of platelet adhesion and aggregation (Radomski et al.,1993). Nitric oxide is an 
inhibitor of platelet aggregation by stimulation of platelet cGMP, which appears to 
interfere with binding of platelets to endothelial cells. 

4.4. Neurotransmission 
Increased cGMP synthesis due to the presence of NO may also be important in 

neuronal transmission and may be involved in regulation of memory, learning, and pain 
perception (Radomski, 1995). Although the function is not completely elucidated, it is 
clear that NO synthase if found in high concentrations in the myenteric plexus of nerves 
and that inhibitors of NO synthesis impair proper neurotransmission (Ignarro, 1996). 
Cyclic GMP may act as an intracellular messenger in the target cell and elicit a response 
such as increased synaptic connections (Ignarro, 1996). Nitric oxide may also act on 
non-nueronal cells in a vasodilatory function leading to increased blood flow. 

4.5. Cytotoxic effects 

4.5.1. Food treatment 
Nitrate and NO2" salts are commonly added to cured meats to give color and to 

increase product stability through anti-oxidant and cytoxic mechanisms. The anti-oxidant 
and cytotoxic effects are in fact due to the interaction of iron with NO formed from the 



80 

reduction of the added NOs' and N02'. The first recognition of NO in the curing of meat 
was in 1908 when it was determined that the red pigment of cooked cured meats such as 
ham was due to the presence of a heat denatured NO-myoglobin complex. The flavor of 
rancid meat is due to the oxidation of unsaturated fats and is catalyzed by iron containing 
compounds such as heme. Addition of NO2- stabilizes heme compounds by formation of 
a NO-heme complex. In addition NO inhibits oxidation through conversion of heme to a 
ferrous heme-NO radical, which can act as an anti-oxidant, as well as the binding of NO 
to free ionic iron to form such compounds as low molecular weight cysteine-iron-NO 
radicals which also have anti-oxidant properties (Comforth, 1996). 

4.5.2. Prevention of infection 
The anti-microbial action of NO is varied. Nitric oxide can inhibit and form 

complexes with heme, iron-sulfur and copper proteins thus impairing function as well as 
interfering with incorporation into key enzymes. Inhibition of Clostridia appears to be due 
in part to interaction of NO with pyruvate-ferredoxin oxidoreductase an iron-sulfur 
enzyme involved in regeneration of adenosine triphosphate (ATP) (Comforth, 1996). 
Inactivation of enzymes containing no redox metals such as glyceraldehyde-3-phosphate 
dehydrogenase, part of the glycolytic pathway, can occur as well. Nitric oxide can also 
inhibit ribonucleotide reductase, a crucial enzyme in the formation of DNA through 
quenching of a tyrosine radical. Interference with DNA also occurs through NO by 
promoting deamination of N-terminal and other amino groups of proteins and through 
this process can be mutagenic such as seen in Salmonella typhimurium and P. stutzeri 
where mutations in the nucleotide sequence occur that prove lethal to the bacteria. The 
common practice of addition of ascorbate accelerates the formation of NO and decreases 
formation of nitrosamines thus aiding in the anitbacterial effects NO3- and NO2- salts 
(Comforth, 1996). 

The body is capable of utilizing dietary NO3- and NO2- as a source of NO for use as 
an anti-microbial agent. Dietary NO3- mainly from foods high in NO3" such as green 
leafy vegetables are absorbed from the stomach and the small intestine into the plasma. 
Nitrate is then concentrated in saliva such that the more dietary NO3- consumed the more 
NO3- and NO2- found in the saliva (McKnight et al., 1999). Approximately 25% of NO3-
ingested in the diet is re-secreted into the saliva. Salivary NO3- can be converted to NO2-
by the action of lactoperoxidase, lysozymes and lactoferrin which are involved in 
cleaning the oral mucosal cells. Conversion of NO3- to NO2- in the saliva can also occur 
due to the presence of NO3- reducing bacteria on the tongue (McKnight et al., 1999; van 
Maanen et al., 1996b). Salivary NO2- is then swallowed, where in the acidic conditions of 
the stomach, the NO2- can be protonated to form nitrous acid. Nitrous acid can then 
decompose into nitrogen oxides including NO which is believed to act in the stomach as 
an anti-microbial agent for swallowed bacteria (McKnight et al., 1999). McKnight et al 
showed large concentrations of stomach NO formed after intake of oral NO3- (potassium 
nitrate). The importance of NO formation due to protonation under acidic conditions is 
supported by increased bacterial colonization in patients with achlorhydria, in which 
conversion of NO2- to NO would be impaired. 
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4.6. Immune system effects 
Another location of NO in relation to infection is macrophage from the immune 

system. (Ellis et al, 1998). The cytotoxic activity of macrophage is partially due to the 
endogenous production of NO from arginine which is catalyzed by cytokine inducible 
nitric oxide synthase. Cytotoxicity is due to at least a 100-fold increase in local NO 
concentrations in comparison to levels generated by other cells in the body such as 
endothelial cells. If macrophage are arginine deficient or if inhibition of the enzyme is 
induced by administration of arginine analogs there is a decrease in bactericidal 
effectiveness. Nitric oxide production relates to their cytotoxic effect and has been shown 
to act on bacteria, tumor cells, viruses, fungi, protozoans and helminths (Moilan and 
Vapaatalo, 1995). Although NO is the main oxide produced, synthesis of peroxynitrite 
(0N00-) occurs in macrophage due to the spontaneous reactions of NO with O2- and 
H2O2 also produced by the macrophage. This more reactive oxide leads to formation of a 
highly reactive hydroxide radical OH and nitrogen dioxide (NO2) which kill bacteria 
through oxidative damage. 

4.7. Autoimmune disease 
Nitric oxide production is not always beneficial in its role in free radical production 

as it can be cytotoxic to the hosts cells as well. Nitric oxide can act as a cyotoxic 
molecule in autoimmune disease such as seen in diabetes. Increased NO synthesis due to 
an autoimmune response results in decreased insulin secretion and damage to the islet 
cells. Similarly tissue damage during arthritis has been linked to toxic levels of NO due to 
an autoimmune response (Moilan and Vapaatalo, 1995). Nitrate concentrations are higher 
in the sinovial fluid of patients with rheumatoid arthritis and levels are increased in urine 
as well suggesting increased endogenous formation of NO (Moilan and Vapaatalo, 1995). 
The origin of NO in the joints is not completely known but stimulation of chondrocytes 
by IL-2 appears to increase NO production by the chondrocytes (Moilan and Vapaatalo, 
1995). Nitric oxide plays more of a harmful effect in arthritis appearing to contribute to 
inflammation and destruction of tissue. 

The destructive effect is supported by evidence showing alleviation of symptoms 
when inbitors of NO synthesis are given (Moilan and Vapaatalo, 1995). The role of NO 
in inflammation has not been fully elucidated with both pro-inflammatory and anti-
inflammatory effects. However dual function of mediators is common in the 
inflammatory response (Moilan and Vapaatalo, 1995). 

Although this review touches upon only a few established roles of NO, research 
continues to expand as the significance of NO in many other physiological functions 
becomes more apparent and more in depth reviews of the literature are available 
(McKnight et al., 1999 ; Radomski, 1995; Moilanen and Vapaatalo, 1995). 

5. CANCER 

Many epidemiological studies have demonstrated a relationship between diet and 
cancer risk and it has been suggested that diet is associated with as much as 35 % of all 
deaths from cancer in the United States (Doll and Peto, 1981; Ferguson, 1999; Howe et 
al, 1986). Nitrate itself is not considered to be carcinogenic, however, NOa' can be 
reduced under a variety of conditions to NO2". Nitrite is a more reactive compound and 
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can participate in the nitrosation of many substrates in the diet including secondary and 
tertiary amines and amides resulting in the formation of N-nitroso compounds (NOC) 

5.1. The role of N-nitroso compounds 
In general NOC compounds include both nitrosamines and nitrosamides and can 

participate in DNA alkylation which can lead to tumor formation. Animal experiments 
have demonstrated N-nitroso compounds to be the most potent and broadly acting 
carcinogens known (Ferguson, 1999). Several hundred N-nitroso compounds have been 
tested as carcinogens and over 80 % have been found to be carcinogenic in at least 40 
animal models (Eichholzer and Guzwiller, 1998). 

Of the NOC that have been tested in the laboratory for carcinogenic activity, humans 
are exposed to only a small percentage and almost all are nitrosamines (Lijinsky, 1999). 
In animal models nitrosamines have been linked to bladder, esophagus, kidney, liver, 
lung, nasopharyngeal, and thyroid cancer (Mirvish, 1995). In general, nitrosamines are 
stable compounds and require metabolic activation to have any carcinogenic effect. The 
activated compounds are unstable and have a relatively short half-life. Therefore, it is 
thought that the sensitivity of the organ to the nitrosamine might be influenced by the 
nitrosamine activating systems within the specific organ capable of producing reactive 
alkylating compounds (Magee, 1989). Metabolic activation of nitrosamines is thought to 
occur due to the presence of a class of enzymes with overlapping substrate specificity 
known as cytochromes P-450; more specifically a sub-family of cytochromes P-450 
involved in ethanol detoxification (Magee, 1989). 

Humans are also exposed to nitrosamides. Nitrosamides do not need to be activated 
and if applied directly through ingestion in animal models will cause tumors in the 
stomach and duodenum. Nitrosamides can also act distantly and are primarily linked in 
animal models to cancer of the lymphatic and nervous systems (Mirvish, 1995). The 
sensitivity of the brain and possibly some of the other target organs has been 
hypothesized to be due to a deficiency or lack of the enzyme alkyltransferase, which can 
facilitate the repair of alklylated DNA (Mirvish, 1995). 

5.1.1. Dietary exposure 
Dietary related exposure to NOC can occur through both exogenous and endogenous 

sources. Few 'western style' foods contain detectable amounts of pre-formed NOC 
(Hotchkiss, 1989). Asian-style foods show a slightly higher content of NOC due to 
preparations involving smoking (Hotchkiss, 1989). A main source of pre-formed NOC in 
western diets that has been of concern is from NO2' containing foods such as cured meats, 
especially bacon (Hotchkiss, 1989). Foods exposed to nitrogen oxides such as beer are 
another substantial source of pre-formed NOC in the western diet (Ferguson, 1999). Malt 
based beverages such as beers and scotch whiskey contain NOC due to reaction of 
amines in the barley with nitrogen oxides produced during drying of the malted barley in 
natural gas kilns (Mirvish, 1995). An average beer drinker is exposed to twice the amount 
of nitrosamines as an average bacon eater (Whitney et al, 1994). Concentrations of NOC 
have been reduced by decreasing the kiln temperature or indirect heating of the barley 
(Mirvish, 1995). Nitrate containing foods may also contribute to exogenous NOC if 
contaminated with nitrate-reducing bacteria, resulting in the formation of NO2' which can 
then interact with amines and amides found in the the food (McKnight et al, 1999). 
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In the past, fried bacon was found to contain up to 100 ppb of nitrosamines (mainly in 
the form of N-nitrosopyrrolidine and dimethylnitrosamine). After addition of NO2' was 
lowered and the inhibitory effect of ascorbic acid on nitrosamine formation was 
discovered levels have decreased significantly (17ppb N-nitrosopyrrolidine, 9 ppb N-
nitrosothiazolidine, 4 ppb dimethylnitrosamine, 0.7 ppb N-nitrosopiperidine). (Mirvish, 
1995). Presently, the average intake of exogenously produced NOC from a western style 
diet has dropped significantly and has been estimated to be on average 0.5-1.0 ug/day 
(Hotchkiss, 1989). 

In addition to exogenous formation there is a concern as to the contribution of 
endogenous NOC formation. Nitrites and secondary amines are present in a variety of 
foods and may be able to contribute to the endogenous formation of NOC. NOC 
synthesis in the body is thought to take place through acid catalyzed and bacterial 
nitrosation in the stomach and by NO formation and involves the presence of NOC 
precursors (Mirvish, 1995). Nitrite, participating in acid catalyzed nitrosation in the 
stomach, can be supplied through food, water and salivary re-secretion (Bruning-Fann 
and Kaneene, 1993a). It has been suggested that approximately 80 % of NO2' found in 
the stomach is due to the reduction of ingested or endogenous NO2' re-secreted in saliva 
and 20 % is due to the ingested NO2' from preserved meats and other foods as well as 
water (Mirvish, 1995). To participate in nitrosation nitrite must first be converted to 
nitrous acid (HNO2) through acidification in the stomach (Mirvish, 1995). It is thought 
(HNO2) can then be protonated to form H2NO2. which may interact with amines and 
amides from food to form NOC (Mirvish, 1995).(McKnight et al, 1999). 

NaN02 + H^ ~> HNO2 + Na"̂  
2HN02<=>N203+H20 
2N2O3 + O2 -> 2N2O4 
HNO2 + H^ <=> H2N02^ 
H2NO2+ RNHCOR-> RN (NO)COR (nitrosamide) + H2O + H^ 

Or 
N2O3 + R2NH -> R2N.NO (nitrosamine) + HNO2 

Nitrosation can still occur in the stomach at higher pH such as seen in achlorhydria 
due to the increased presence of bacteria. Bacteria such as Escherichia coli are capable of 
reducing NO2" to NO and in the presence of oxygen can form N2O3 which can participate 
in the formation of nitrosamines (Mirvish, 1995). This reaction occurs at neutral pH. 

2N0 + O2 -> 2NO2 
NO + NO2 <=> N2O3 
N2O3 + R2NH -> R2N.NO (nitrosamine) + HNO2 

5.1.2. Inflammatory and immune responses 
Conditions in the stomach and other organs may also contribute to NO and NOC 

formation. Ulcerative colitis, parasitic infection of the bladder and liver, hepatitis B, and 
colonization of the stomach by Helicobacter pylori are all examples of conditions which 
may result in localized formation of NO during the inflammatory response due to 
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immune stimulation of macrophage and neutrophils utilizing arginine for the synthesis of 
NO (Leaf et al, 1989). It has been hypothesized that NO can react with oxygen in other 
locations in the body in a similar reaction to that seen in the stomach during achlorhydria. 
This results in the formation of N2O3 which is capable of interacting with endogenous 
amines to form NOC (Mirvish, 1995) (Leaf et al, 1989). 

In animal experiments NOC have been shown to be the most broadly acting and 
potent group of carcinogens known (Eichholzer and Gutzwiller, 1998; Lijinsky, 1999; 
McKnight et al, 1999). N-nitroso compounds have been shown to induce cancer in over 
40 animal species including monkeys (Magee, 1989; Dayal and Ertel, 1997). In addition, 
no animal species has been found to be resistant to NOC induced carcinogenesis (Magee, 
1989). Humans are exposed to a variety of exogenous and endogenous NOC as well and 
exposure to NOC in humans has been linked to several cancers including increased risk 
of stomach, esophageal, nasopharyngeal, bladder, and colon cancer (Bartsch et al, 1990). 
Research in humans however is fairly limited to epidemiological case-control studies and 
the compiled data remains inconclusive (Eichholzer and Gutzwiller, 1998). Although the 
epidemiological data may be unclear, the substantial evidence from animal studies 
suggests serious consideration be taken as to the potential risk of these compounds in 
humans. 

5.2. Stomach and gastric cancer 
Incidences of stomach cancer vary geographically with the highest occurrence seen in 

Japan and China and the lowest in North America and Greece (Forman, 1989). Stomach 
cancer is the second cause of death from cancer worldwide and in the United States ranks 
seventh (Yamaguchi and Abe, 1999). If dietary NO3" is to be considered a risk for 
stomach cancer through endogenous formation of NOC then vegetarians should be at a 
greater risk in that they can consume three times the concentration of NO3" when 
compared to omnivores (McKnight et al, 1999). In fact diets high in vegetables, and thus 
also high in NO3" have been shown to be protective against some types of cancer 
including gastric cancer (McKnight et al, 1999). This is thought to be due to compounds 
present in vegetables that can inhibit nitrosation such as ascorbic acid, alpha tocopheral, 
and polyphenols (Mirvish et al, 1995;Yamaguchi and Abe, 1999).. Polyphenols are also 
present in green and black tea both of which have been shown to inhibit nitrosation 
(Mirvish et al, 1995; Sobala et al, 1989). 

Most human studies on gastric cancer risk and dietary NO2" intake showed no 
significant relationship. However a potential association was found in the presence of 
high amounts of the free amino acid methionine and high amounts of NO2* suggesting the 
occurrence of endogenous NOC formation (Eichholzer and Gutzwiller, 1998). However, 
substantial endogenous nitrosamine formation in the stomach from NO2' when 
consuming an average diet might be inhibited by availability of free amino acids because 
they are not generally present in the stomach in high concentrations. Pepsin, an enzyme 
in the stomach involved in proteolytic digestion cannot cut all peptide bonds into free 
amino acids as it only cleaves peptides bonds involving aromatic amino acids such as 
tyrosine, tryptophan or phenylanine. Therefore after gastric peptide digestion less than 5 
% of amino acids found in the upper small intestine are in the free state (Nixon and 
Mawer, 1970). In fact even at the intestinal level, absorption of amino acids by the 
enterocytes occurs mainly through absorption of dipeptides. 
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Another consideration in the endogenous formation of NOC is related to pathological 
conditions of the stomach. Patients with gastric achlorhydria have been shown to be at 
higher risk for gastric cancer (Yamaguchi and Abe, 1999). Chronic atrophic gastritis 
results in decreased gastric juice and achlorhydria (Yamaguchi and Abe, 1999). It is 
thought that achlorhydria leads to increased stomach pH and more optimal conditions for 
colonization by bacteria. These bacteria might participate in NO3' reduction or induce NO 
production through the immune system leading to formation of NOC. This hypothesis is 
supported by the strong link between Helicobacter pylori infection and increased gastric 
cancer (Eichholzer and Gutzwiller, 1998). Helicobacter pylori is a gram negative 
bacteria most commonly located in the stomach and detection has been associated with 
the presence of atrophic gastritis (Yamaguchi and Abe, 1999). While this is considered to 
be a major hypothesis linking increased cancer rates seen in patients with achlorhydria 
and in patients with H pylori infection, research still needs to be performed in order to 
validate the model. 

Although NOC formation from dietary NOs' and N02' might not show a strong link to 
gastric cancer, the contribution of pre-formed NOC must be considered. Induction of 
gastric tumors by pre-formed NOC has been well established in animal models 
(Eichholzer and Gutzwiller, 1998). It is also clear that pre-formed NOC can occur due to 
the interaction of NO2" with secondary amines in food and that certain foods and methods 
for food preservation increase the formation of free amines and amides. For example 
foods high in proteins that are dried and stored for an extended period such as fish, show 
increased concentration of amines and amides (Hotchkiss 1989 Cancer Surveys 8:295). In 
addition extended storage of uncured meat prior to processing has been demonstrated to 
increase NOC content after the meat had been cured and fried (Hotchkiss, 1989). Human 
studies provide support for increased gastric cancer risk with increased consumption of 
cured and smoked meats and fish and salted fish; foods potentially containing substantial 
amounts of NOC (Yamaguchi and Abe, 1999). A review by Eichholzer and Gutzwiller, 
1998) of human epidemiological studies on the risk of gastric cancer from ingestion of 
pre-formed NOC suggest that that although the epidemiological evidence does lean 
towards the contribution of pre-formed NOC in foods to gastric cancer, the evidence may 
not be strong enough yet to ftilly support the hypothesis. 

5.3. Esophageal and nasopharyngeal cancer 
The strongest connection between NOC and human cancer can be seen in its potential 

role in esophageal and nasopharyngeal cancer (Eichholzer and Gutzwiller, 1998). 
Esophageal cancer incidences are found to be highest along a geographical area that has 
been termed the 'Asian esophageal cancer belt' and extends from Russia and Turkey to 
Eastern China (Eichholzer and Gutzwiller, 1998). Many possible reasons have been 
suggested for the prevalence of esophageal cancer and one connection may be due to 
nutrient deficiencies such as low consumption of ascorbic acid combined with the 
consumption of nitrosamines from mold-infected cereals eaten in some of the areas 
along the Asian esophageal cancer belt (Mirvish, 1995). Nitrosamine formation may 
occur in com due to nitrosation of methylalkylamines present in the mold Fusarium 
moniliforme (Mirvish, 1995). Other types of food suspect due to possible NOC content 
are pickled foods and beer (Eichholzer and Gutzwiller, 1998; Hothckiss, 1989; Mirvish, 
1995). 
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Nasopharyngeal cancer is rare in most countries but is high in areas of China, 
Greenland, and Tunisia (Mirvish, 1995). Dietary causes are thought to be associated with 
consumption of salted dried products such as fish, which contain volatile nitrosamines 
such as dimethylnitrosamine, clearly shown to induce nasopharyngeal cancer in rats 
(Mirvish, 1995; Eichholzer and Gutzwiller, 1998). The salted and dried fish also contains 
amines which might participate in endogenous nitrosation (Magee, 1989). 

Studies have also suggested a link between increased consumption of foods 
containing NOC and childhood cancers; specifically brain tumors. Nitrosoureas which 
may be produced in bacon and salted dried fish have been shown to cause brain tumors 
and leukemia in rats (Mirvish, 1995). Consumption of foods containing pre-formed NOC 
such as hot dogs, by pregnant mothers or by the child have been studied as an increased 
risk factor for childhood brain tumors (Mirvish, 1995; Kuijten et al, 1990; Sarasua and 
Savitz, 1994). While the potential contribution of NOC to childhood cancers must be 
carefully examined due to the evidence from animal studies, the compiled literature in 
humans does not demonstrate a definitive connection (Eichholzer and Gutzwiller, 1998)). 
In summary, even though solid confirmation of a connection between cancer and NOC 
may not be apparent from human epidemiological studies, animal models offer strong 
support for cancer risk from NOC and therefore the link between human NOC exposure 
and cancer should continue to be investigated. 

6. HUMAN USE AND CONTRIBUTION OF NITROGEN TO THE 
ENVIRONMENT 

The requirement for protein consumption in human diets was discussed above 
(Section 2.4). From that information an estimate of N intake was calculated based upon 
the Recommended Dietary Allowance (RDA) for protein consumption (RDA, 1989). 
Nitrogen intake for US males and females (Table 1) was calculated by assuming that 
protein contains 16 percent N and that the RDA recommendation was the same per unit 
of body mass for all age, gender, and social and cultural groups. Average weights for US 
age groups were adapted from those from the US RDA for protein (RDA, 1989; Wildman 
and Medieros, 2000). Population statistics are from those reported by the U.S.Census 
Bureau (2001). The assumptions used for these calculations are expected to result in 
conservative estimates of the actual dietary N intake by the US population. Besides N 
intake, estimates of N losses were made based upon obligatory losses of protein for a 
carbohydrate-containing protein-free diet (Table 1). Such losses are reported as 54 mg 
N/kg body weight for a 70 kg male (Wildman and Medieros, 2000). Most of this loss is 
as N in urine (37 mg N/kg body weight) and feces (12 mg N/kg body weight), with the 
remaining 5 mg lost as a result of cutaneous and other miscellaneous N routes. 

We consider our estimates for both total N intake and N loss (excretion) conservative. 
In the case of N intake, US diets in many sectors of the population exceed the RDA for 
protein intake and thus the N-intake estimate of about 775,000 MT N shown in Table 1 is 
also likely exceeded. It could be readily visualized that N intake approaches 1 million 
MT (MMT) of dietary N in the human population and that dietary N intake ranges from 
0.8 to 1 MMT/year. Just as estimates of intake are likely low in Table 1, so too the 
estimate of obligatory N-loss is less than the actual N loss. The obligatory N-loss is 
measured on individuals on a carbohydrate containing protein-free diet. The base amount 



87 

of N loss (54 mg/kg body weight) will be exceeded once protein is added back to the diet. 
Factors affecting the increased amount of N loss are protein quality, amount of protein 
consumed, including that in excess of the RDA, and because for adults N-loss should 
about equal N-intake. Consequently the estimate of N-loss for the US population is 
likely be near the estimate of N intake, i.e. somewhere in the range of 0.8 to 1.0 MMT N. 

Table 1. Population, average weight, estimated N intake per person and annual US N 
intake, and estimated N loss (obligatory excretion) per person and annual US N loss as a 
function of age ranges for males and females in the US. 

Male 
Age 
Range 

<5 
5-13 

14-17 
18-24 
25-49 
50+ 
Total 

Mean 
Population Weight 
(1000s) 

9683 
18303 
8094 

13579 
50578 
34398 

134635 

Kg 

12 
32 
54 
72 
79 
77 

Estimated 
Annual 

N-intake 
kg N/person 

0.56 
1.50 
2.52 
3.36 
3.69 
3.60 

Estimated 
Annual US 
N-intake 

MTN 

5429 
27465 
20392 
45678 

186677 
123745 

Estimated 
Annual 
N-loss 

kg N/person 

0.24 
0.63 
1.06 
1.42 
1.56 
1.52 

Estimated 
Annual 
N-loss 
MTN 

2290 
11587 
8603 

19270 
78754 
52205 

Total 409385 172709 

Female 
Age 
Range 

<5 
5-13 

14-17 
18-24 
25-49 
50+ 
Total 

Total 

US Total 

Population 
(1000s) 

9264 
17458 
7636 

13015 
51535 
41834 

140742 

^ 275377 

Mean 
Weight 

Kg 

12 
31 
57 
60 
63 
65 

Estimated 
Annual 

N-intake 
kg N/person 

0.56 
1.45 
2.67 
2.80 
2.94 
3.04 

Estimated 
Annual US 
N-intake 

MTN 

5194 
25285 
20369 
36484 

151686 
127041 

366059 

775444 

Estimated 
Annual 
N-loss 

kg N/person 

0.24 
0.61 
1.13 
1.18 
1.24 
1.28 

Estimated 
Annual 
N-loss 
MTN 

2191 
10667 
8593 

15392 
63993 
53596 

154431 

327140 

In the above discussion of N intake and N loss, the US has been used as a case study 
because a base of data was readily available. As a developed country, it is likely that the 
data from the US can be extrapolated to other developed countries with similar age, 
weight, and dietary N intake patterns. We considered it inadvisable to extrapolate this 
data to less developed countries or to the World, because of the unlike dietary, age and 



weight distribution, income, and cultural differences that exist. Irrespective, it can be 
noted that the US population (about 275 million) is less than five percent of the World 
population of about 6.1 billion people. It can certainly be stated that humans excrete 
huge amounts of N in both the US and in the World. The amount can only increase when 
it is considered that the World population is projected to increase to about 8 billion 
people during the next 25 years. The N excreted by humans has just as much potential to 
impact the environment as does N from livestock wastes, inefficient fertilizer-N use or 
from any other N source. As a comparison in the US, where approximately 1 MMT N 
are excreted by humans, the amount of commercial fertilizer N consumed in 1998 was 
11.3 MMT (FAO, 2001), while N excreted in animal manure was estimated as 4.1 and 
7.8 MMT N for collectable and all animal manure in 1997, respectively (Chapter by 
Hess, et al., this book). Consequently, the need exists to recognize the highly 
significance role of N in the human diet, as protein, and also the very significant potential 
impact of increasing human excretion on N as it enters the environment and that this 
impact will increase as the human population grows. 

7. SUMMARY AND CONCLUSIONS 

The need by humans to produce and consume food and other agricultural products is 
increasing with a growing population leading to increased human demands for N to 
produce food and other products. Therefore it is important to consider the impact human 
intake, metabolism and excretion of N-containing compounds will have on both humans 
and the environment. Protein was shown to be an essential source of nitrogen for humans. 
Other N containing compounds were shown to impact human health as well in both 
potentially deleterious and beneficial ways. Therefore it is important to continue to 
analyze and recognize the impact that N containing compounds have on humans and the 
impact that will occur on the environment as the human population continues to grow. 
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Wet, poorly drained soils throughout North America and Europe are often artificially 
drained with subsurface tile systems to remove excess (gravitational) water from the upper 1 
to 1.2-m soil profile. Crop production is improved due to better physical conditions for field 
operations and a deeper unrestricted root zone for greater crop rooting and yields. However, 
subsurface, tile drainage in agricultural production systems has been identified as a major 
source of nitrate entering surface waters. 

Factors influencing the nitrate content in subsurface waters draining from agricultural 
production landscapes can be divided into two categories - - uncontrollable and controllable. 
Precipitation, including variations in annual amount, temporal distribution within a year, or 
extreme daily events, is an uncontrollable factor having the greatest impact on nitrate loss. 
Mineralization of soil organic N, an uncontrollable process, but one that can be manipulated, 
produces nitrate which can be lost in drainage if crop uptake is not synchronized with release 
of the nitrate. 

Controllable factors are those management practices that crop producers use to 
improve yield and profitability of their enterprise. Cropping system is the controllable factor 
which has the greatest effect on nitrate losses. Annual row crops such as com (Zea mays L.) 
and soybean {Glycine max L. Merr.) can lose 30 to 50X more nitrate compared to perennial 
grass and alfalfa (Medicago sativa) crops. Nitrate losses from fall and spring sovm cereal 
crops can be lOX greater than for unfertilized grass. Rate of N application is the nutrient 
management practice that most influences nitrate losses. Time of N application and 
nitrification inhibitors play a significant role in minimizing nitrate loss, especially under 
wetter and warmer fall, winter, and spring conditions. Tillage systems generally have little 
effect on nitrate losses except when fall tillage is succeeded by warm and wet winter and 
early spring conditions promoting mineralization and tile flow. Limited field studies have 
shovm decreased tile spacing to increase losses, although modeling efforts suggest a minimal 
effect of spacing and tile depth. Water table management through controlled drainage 
systems significantly affects nitrate losses. 

Information presented in this chapter clearly shows the value of long-term drainage 
research conducted across a wide range of soil, crop, and climatic conditions when 
attempting to improve N management, reduce nitrate losses, and influence policy making. 
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1. INTRODUCTION 

Subsurface drainage is a common water management practice in highly productive 
agricuhural areas with poorly drained soils that have seasonally perched water tables or 
shallow groundwater. This management practice increases crop productivity, reduces risk, 
and improves economic returns to crop producers. In the North Central Region of the USA, 
eight states (Illinois, Indiana, Iowa, Michigan, Minnesota, Missouri, Ohio, and Wisconsin) 
are some of the most highly drained states in the nation (Zucker and Brown, 1998). All 
together these eight states account for over 20.6 million hectares or 37% of the total cropland 
drained by surface and subsurface drainage (Fausey et al., 1995). Substantial amounts of 
nutrients can be contained in subsurface tile drainage water and, depending on the amount of 
water flow, large losses may occur (Baker and Johnson, 1981; Baker et al., 1975; Randall, 
1998). 

Society's concerns about the quality of river water and its ecological impact on receiving 
bodies, i.e., lakes and coastal marine estuaries on the continental shelf, have escalated since 
the late 1980s. Hypoxia, a condition where the concentration of dissolved oxygen is <2 mg L" 
^ , has been known to exist in portions of the world's oceans and shallow seas for several 
decades (Diaz and Rozenberg, 1995), but the development of seasonal hypoxia in the Gulf of 
Mexico off the coast of Louisiana has recently been reported (Rabalais et al., 1994). The 
cause of hypoxia in this salt water system has been linked indirectly to the load of nutrients, 
primarily nitrogen, delivered to the Gulf via the Mississippi River drainage basin (Turner and 
Rabalais, 1994; Rabalais et al., 1996). Nitrate concentrations in the Mississippi River are 
generally highest in the tributaries emanating from Illinois, Iowa, and Minnesota and vary 
seasonably, usually being higher in winter, spring and early summer and lower in late 
summer and early autumn (Antweiler et al., 1995). Burkhart and James (1999) determined 
the hydrologic units with the largest residual N contributions available to steams and largest 
total N loss rates are located in the Upper Mississippi River and the Ohio River basins where 
row crops, particularly com and soybean, dominate the landscape. 

This chapter will focus on (i) the linkage between subsurface tile drainage of agricultural 
lands and nitrate in surface waters and (ii) the effect of uncontrollable factors (precipitation 
and soil mineralization) and controllable factors (cropping system, rate and time of N 
application, nitrification inhibitors, tillage, and drain tile spacing and depth) on nitrate losses 
to subsurface drainage. 

2. ROLE OF AGRICULTURE 

Agricultural drainage water has been identified as a major contributor of nitrate-N to 
receiving waters. Research conducted at widely different scales of watershed basins point to 
the fact that agricultural systems do affect nitrate levels in river waters. Similarly, long-term 
field plot research studies have demonstrated the effects of crop and nutrient management 
practices on edge-of-field losses of nitrate to subsurface drainage water. 
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2.1 Watershed basins 
Omemik (1977) reported that total N concentrations were nearly nine times greater 

downstream from agricultural lands than downstream from forested areas with the highest 
concentrations being found in the Com Beh States. Nitrate-N concentrations in stream-water 
collected from water years 1984 through 1993 for a portion of the Upper Mississippi River 
Basin were significantly greater (2 to 6 mg L'̂ ) from those rivers which drain a large 
percentage of agricultural land compared to those which drain a larger percentage of forested 
land (0.1 to 0.5 mg L'̂ ) (Kroening, 1996). In the Mississippi River, mean concentrations 
were significantly greater (1.8 to 2.5 mg L'̂ ) down stream of the confluence with a major 
river draining an agricultural watershed than upstream (0.2 to 0.9 mg L"̂ ). 

Subsurface drains were suggested by Martin et al. (1996) as the cause of high levels of 
nitrate in the stream water of the White River Basin of Indiana. Subsurface tile drainage 
directly affected water quality in a small central Indiana stream (Sugar Creek) by 
transporting soil pore water and shallow groundwater containing high concentrations of 
nitrate to the creek (Fenelon and Moore, 1998). When tile drains were flowing (typically 
December through July), elevated nitrate-N concentrations (2-10 mg L"̂ ) in the creek 
correlated with high nitrate-N concentrations (2-23 mg L'̂ ) in tile drains discharging to the 
creek. When tile drains went dry, nitrate concentrations in the creek were low, indicating 
most groundwater discharge to the creek consisted of old or denitrified water. Although 
agrichemicals in Sugar Creek and many similar small streams throughout the Midwest are 
not considered a problem to many people, in part because stream water is not used to supply 
drinking water, elevated nitrate concentrations may be undesirable because of (i) 
contamination of downstream public water supplies such as reservoirs (Scribner et al., 1996), 
(ii) economic loss suffered by farmers who lose fertilizer to streams, (iii) potential stresses on 
fish communities, and (iv) eutrophication of downstream surface waters, e.g., the Gulf of 
Mexico, receiving discharge water in part from many small drainage basins (Fenelon and 
Moore, 1998). 

In Illinois, elevated concentrations of nitrate-N (5 to 49 mg L"̂ ) were found in four 
monitored drainage tiles in the Embarras River watershed during a 6-yr period, and these 
concentrations were synchronous with nitrate concentrations in the Embarras River (David et 
al., 1997). These authors later estimated that Illinois contributed 15% of the annual total N 
load of the Mississippi River, and that any reduction strategy in Illinois must address 
agricultural sources (David and Gentry, 2000). 

Generally, in the USA, rivers with higher concentrations of nitrate seem to be surrounded 
by landscapes and watershed basins with similar general characteristics. They are: 1) 
humid/high rainfall conditions, 2) soils high in organic matter, 3) poorly drained, fine-
textured soils needing artificial subsurface drainage for optimum crop production, and 4) 
domination by intensive com and soybean agricultural systems. 

2.2 Classical field studies 
Monitoring of nitrate losses in subsurface drainage water from agricultural fields began in 

England in the 1850's (Lawes et al., 1882). About 100 years elapsed before additional 
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drainage studies were installed in both Europe and North America. These drainage faciHties 
have been used to monitor tile effluents for assessing the impact of agricultural management 
practices on surface and groundwater quality (Addiscott et al., 1991; Hallberg et al., 1986; 
Kanwar et al., 1988). Subsurface drains integrate the effects of spatial variability on a field 
scale and may be a better tool for studying agricultural impacts on water quality than 
measurement methods such as suction cups and soil cores (Richard and Steenhuis, 1988). 
However, solute concentrations in subsurface drain flow have been shown to not respond 
immediately to changes in chemical application rates or residual levels in the soil (Jury, 
1975a,b; Gast et al., 1978; Baker and Johnson, 1981). Some time lag is exhibited due to 
traveltime depending on drain spacing, soil hydraulic properties, and precipitation. 

3. FACTORS AFFECTING NITRATES IN SUBSURFACE DRAINAGE 

The primary factors that influence the nitrate content of surface waters draining 
agricultural production landscapes can be divided into two categories - - uncontrollable and 
controllable. Uncontrollable factors include (1) precipitation, and (2) soil organic matter 
mineralization, which to some degree can be manipulated, e.g., tillage, etc. Controllable 
factors include those agricultural management practices that are used by crop producers to 
best fit the needs of their own enterprise. The controllable factors include: cropping system 
used, rate of N applied, time of N application, placement method, use of a nitrification 
inhibitor, tillage system, and drain tile spacing and depth. 

3.1 Precipitation 
Loading of nitrate-N into surface water is a function of transport volume (amount of 

water) and nitrate-N concentration in the transported water. Since nitrate concentrations of 
drainage water within a year are normally fairly stable, with characteristic levels for each 
cropping system, the annual variation in nitrate-N flux lost through subsurface drains 
depends primarily on the volume of water drained (Bolton et al., 1970; Letey et al., 1977; 
Goss et al., 1988). Exceptions to this premise exist in particular climate/cropping scenarios as 
was shown for winter cereal grain production on clay soils in the UK. Nitrate-N 
concentrations in November often exceeded 50 mg L"' but decreased to between 1 and 5 mg 
L'̂  in late February and March (Harris et al., 1984). The amount of drainage water leaving 
the landscape is largely a function of climate and soil properties, i.e., precipitation, texture, 
infiltration rate, etc. Drainage is further influenced by the temporal distribution of 
precipitation within a year and the amount of annual or growing season precipitation that 
occurs. For instance, an 80-mm rainfall in the spring, when evapotranspiration (ET) losses 
are low and moisture in the soil above the drains is likely near field capacity, will have a 
much greater effect on drainage volume than the same rainfall during the middle of the 
summer when daily ET losses are high and soil moisture is far short of field capacity. In the 
former scenario, storage capacity is minimal and drainage water carrying nitrates is plentiful. 
A significant storage reservoir can exist in the soil in the latter scenario, and subsurface 
drainage may or may not occur. 
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The effect of climate on subsurface drainage volume is clear in the following tile 
drainage studies. Annual tile drainage in an 11-yr Minnesota study conducted with 
continuous com ranged from 26 to 618 mm yr"* with an average of 297 mm (Randall and 
Iragavarapu, 1995). Drainage was least in 1989 when growing season precipitation was 35% 
below normal and greatest in 1991 when growing season precipitation was 51% above 
normal (Table 1). In addition, drainage in the 3-yr dry period (1987-89) averaged only 43 
mm compared to the following 3-yr wet period (1990-92) when drainage averaged 549 mm. 
A 6-yr study also conducted in Minnesota showed no tile drainage in 1988 and 1989 when 
annual precipitation was 69 and 76% of normal, respectively (Randall et al., 1997). Drainage 
from the com and soybean row-crop systems averaged 22 mm in 1990, 223 mm in 1991, 143 
mm in 1992, and 469 mm in 1993 (Table 2). Annual precipitation in those four years was 95, 
125, 117, and 160% of normal, respectively. Data from these studies clearly indicate the 
strong relationship between annual or growing season precipitation and volume of 
subsurface, tile drainage. 

Table 1 
Influence of growing season precipitation on drainage volume and annual nitrate-N losses. 
(adapted from Randall and Iragavarapu, 1995). 

Year 

1986 
1987 
1988 
1989 
1990 
1991 
1992 

April-October 
rainfall ̂ ^ 

mm 

796 
586 
426 
414 
789 
961 
726 

Drainage 
Mm 

402 
42 
46 
26 

486 
618 
417 

Conc-
mgL-* 

14 
9 

15 
12 
24 
24 
14 

Nitrate-N 
- Lost 

kg ha* 

55 
4 
6 
2 

112 
139 
55 

^- 1961-90 Normal = 639 mm 
- Annual flow-weighted concentration. 

Drainage volume and nitrate losses have been shown to be affected also by the temporal 
distribution of annual precipitation within a year coupled with ET and wintertime 
temperatures. Subsurface drainage occurs primarily during the late fall, winter, and early 
spring in those geographic areas where soils are not frozen throughout the winter (Kladivko 
et al., 1991; Dmry et al., 1993; Goss et al., 1993, 1998; Fenelon and Moore, 1998; Kladivko 
et al., 1999). Between 78 and 100% of annual flow occurred after harvest during the dormant 
season of October to May in Ontario (Patni et al., 1996). An 8-yr study in the UK showed 
84% of the nitrate lost in subsurface drainage occurred between fall seeding of annual cereals 
and the first application of N in the spring (Goss et al., 1988). In Iowa, 45 to 85% of the 
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Table 2 
Amount of subsurface drainage water as affected by annual precipitation and cropping system. 
(adapted from Randall et al., 1997). 

Year 
Crop System 1988 1989 1990 1991 1992 1993 

0 
0 
0 
0 
0 

0 
0 
0 
0 
0 

20 
18 
28 

0 
0 

178 
274 
218 
41 
43 

132 
122 
175 
56 
86 

442 
488 
478 
320 
510 

Continuous Com 
Corn-Soybean 
Soybean-Corn 
Alfalfa 
CRP̂ ^ 

Average of Row Crop Systems 
Average of Perennial Crop Systems 

% of Normal Annual Precipitation-

0 
0 

69 

0 
0 

76 

22 
0 

95 

223 
42 

125 

143 
71 

117 

469 
415 

160 

- CRP = Conservation Reserve Program (mixture of grass and alfalfa). 
'^ 1961 -90 Normal = 647 mm. 

annual nitrate loss through subsurface drainage occurred in the spring and fall when crops 
were not actively growing (Bjomeberg et al., 1996). In Minnesota where soils usually remain 
frozen from early December through late March, subsurface drainage occurs primarily 
between mid-April and early July (Cast et al., 1978). The 3-month period of April, May, and 
June accounted for 65% of the annual drainage volume (Fig. 1) and 70% of the annual nitrate 
loss from com rotated with soybean in a 13-yr (1987-99) Minnesota study (Randall, 2000). 
The high proportion of annual subsurface drainage flow occurring from late fall through the 
spring without an actively growing crop has profound implications on N management, 
especially fall-applied N and residual nitrate in the soil profile after harvest. 

Nitrate-N concentrations in subsurface drainage water do not appear to vary consistently 
with daily drain flow volumes but do show seasonal and yearly variability (Harris et al., 
1984; Kladivko et al., 1991). Factors affecting this variability include crop uptake of N, 
residual nitrate in the soil from the previous year, and amount and distribution of rainfall. 
Goolsby et al. (1997) noted that the concentration and flux of nitrate in rivers of the 
Mississippi River Basin tend to be highest in the spring when stream flow is highest. 
Increased flows and elevated concentrations in agricultural tile drains were speculated as 
contributing to this relationship. Annual average nitrate-N concentrations in the Des Moines 
River from 1980 through 1990 ranged from 2.0 mg L'* in 1989 to 9.1 mg L"̂  in 1982 with an 
11-yr average of 5.6 mg L'̂  (Keeney and DeLuca, 1993). Maximum daily nitrate-N 
concentration ranged from 5.9 mg L'̂  in 1989 to 14.5 mg L"̂  in 1982. 
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Fig. 1. 

J F M A M J J A S O N D 
Month 

Monthly distribution of subsurface tile drain discharge 
averaged across a 13-yr (1987-99) period for com. 

Nitrate-N losses in subsurface tile drainage water vary greatly among years due primarily 
to differences in annual and growing season precipitation. Fourteen studies conducted for 3 
to 11 years in North America and Europe show annual nitrate-N losses ranging from 0 to 139 
kg ha"̂  yf' (Table 3). Moreover, a few days of high-flow events can lead to most of the 
annual nitrate loss in some years (David et al., 1997). Because of the influence of 
precipitation on nitrate losses, long-term drainage research, which integrates the effect of 
climatic variability, is vital to our understanding of nitrate losses from agricultural production 
systems to subsurface drainage. 

Nitrate-N concentrations and losses are also greatly affected by dry and wet climatic 
cycles (Randall, 1998; Logan et al., 1994). These effects are seen at the river scale as well as 
at the edge-of-field scale. In Iowa, excessive nitrate-N concentrations in 1990 in the Raccoon 
River followed 2 yr of less-than-normal precipitation in 1988 and 1989 (Lucey and Goolsby, 
1993). High concentrations in streamflow persisted as streamflow decreased to baseflow 
conditions, implying that substantial quantities of nitrate-N were being leached from the soil 
and transported by subsurface flow in 1990. Drainage plots in Minnesota with continuous 
com grown from 1986 through 1992 clearly showed the edge-of-field effects of dry and wet 
climatic cycles (Randall, 1998). Annual flow-weighted nitrate-N concentration in 1986 was 
14 mg L"̂  while drainage totaled 402 mm (Table 1). Dry conditions during 1987-1989, when 
April-October rainfall was 25% below normal, resulted in <50 mm drainage yr"̂  and annual 
average nitrate-N concentrations ranging from 9 to 15 mg L''. Residual soil N (RSN) totaled 
225 kg ha'̂  in the 0 to 1.5 m profile in October 1989. In 1990 and 1991, April-October 
rainfall averaged 36% above normal and generated annual drainage volumes >480 mm yr'^ 
In addition, nitrate-N concentrations in the drainage water doubled from the previous three 
dry years to 24 mg L"̂  in these two wet years. At the end of 1991, RSN was 50% lower than 
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Table 3 
Range of annual nitrate-N losses in subsurface tile drainage water in European and North 
American research studies. 

Source 

Gastetal., 1978 
Bergstrom, 1987 
Gossetal., 1988 
Kladivkoetal., 1991^̂  
DruryetaL, 1993 
Logan etal., 1994 
Randall and Iragavarapu, 1995 
Bjomeberg et al., 1996̂ ^ 

Patnietal., 1996 
Randall et al., 1997 

Bjomeberg et al, 1998̂ ^ 
Catt etal., 1998 

JaynesetaL, 1999 
Kladivko etal., 1999̂ ^ 
Watson et al, 2000 
Randall et al., 2000 

Location 

Minnesota, USA 
Sweden 
England 
Indiana, USA 
Ontario, CAN 
Ohio, USA 
Minnesota, USA 
Iowa, USA 

Ontario, CAN 
Minnesota, USA 

Iowa, USA 
England 

Iowa, USA 
Indiana, USA 
Ireland 
Minnesota, USA 

Years 
Studied 

3 
4 
8 
3 
3 
4 
11 
3 
3 
3 
4 
6 

3 
4 

4 
3 
9 
4 

Crop(s) 

CC 
Barley 
Wheat 
CC 
CC 
C-Sb 
CC 
CC 
C - S b 
S b - C 
CC 
CC 
C-Sb 
S b - C 
C - S b 
Mixed -
Cereals ^-' 
Grass 
C - S b 
CC 
Ryegrass 
CC 

Nitrate-N 
Loss 
kg ha'̂  yr'* 

6 to 25 
<1 to 27 
6 to 73 
28 to 31 
7 to 29 
<1 to 86 
1 to 139 
19 to 100 
17 to 53 
8 to 52 
10 to 39 
0to91 
Oto88 
Oto81 
3 to 33 
l to48 
4 to 22 
ItolO 
5 to 51 
22 to 50 
16 to 52 
12 to 20 

^' 20 m tile spacing only. 
'^' Chisel plow tillage only. 
- Mixed crops of barley, beans, and wheat including winter cover crops. 
- Winter barley, winter oats, and winter wheat. 

at the end of the dry years. In the third consecutive wet year (1992), more than 400 mm of 
water drained from the plots, nitrate-N concentrations in the drainage water returned to 14 
mg L"^ and RSN totaled only 50 kg ha"^ Nitrate-N loading in the subsurface drainage water 
each year was greatly affected by both nitrate-N concentration and drainage volume. These 
data clearly indicate a buildup of RSN in the soil profile during dry years when drainage was 
limited. Much of the RSN buildup could likely be attributed to mineralization of soil organic 
matter, annual additions of fertilizer N, and limited uptake of N by the poor yielding com. In 
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the subsequent wet years, substantial losses of nitrate-N occurred in subsurface drainage due 
to high concentrations of nitrate-N and high drainage volumes. 

The general effects of precipitation on nitrate-N losses can also be illustrated using basin-
wide water quality monitoring data collected in the Minnesota River basin, a 4 million 
hectare agricultural basin draining to the Upper Mississippi River basin (Mulla, 1997). Mean 
annual precipitation increased from about 560 mm on the western side to 810 mm on the 
eastern side across this distance, which produces a corresponding and dramatic increase in 
the discharge from subsurface tile drains into ditches and streams that eventually flow into 
the Minnesota River. Water quality monitoring data from 1977 - 1994 show that nitrate-N 
concentrations range from 0.36 mg L"̂  in the headwaters on the western side to 4.6 mg L"̂  at 
the mouth of the river on the eastern end where it enters the Mississippi River. Fewer than 
1% of the water quality samples collected since 1977 from the western portion of the basin 
have a nitrate-N concentration that exceeds 10 mg L"'. About 10% of the water quality 
samples collected since 1977 exceed 10 mg L"̂  on the eastern side of the basin. Differences 
in nitrate-N contributions across the basin in response to a gradient in precipitation are even 
larger when nitrate-N loads are compared. Four watersheds located in the wetter eastern 
portion of the basin account for 75% of the total nitrate-N load in the entire basin, yet they 
drain only 31% of the total basin area. Six watersheds on the drier western side of the basin 
collectively generate only 7% of the nitrate-N load. 

3.2 Soil mineralization 
Mineralization of soil organic matter can contribute a substantial amount of nitrate that is 

susceptible to loss in subsurface, tile drainage. Drain gauges built in 1870 at the Rothamsted 
Experimental Station in the UK were isolated laterally and vertically for the collection of 
drainage water from undisturbed soils. Drainage water collected from 1877 to 1915 on these 
soil blocks that had not been cropped, fertilized, or cultivated averaged from 39 to 45 kg 
nitrate-N ha'̂  yr'̂  during the first seven years. Nitrate-N leakage decreased to 30 to 35 kg ha"̂  
yr"̂  in the last 28 years of the study. Mineralization of soil organic matter coupled with 
atmospheric deposition of N and non-symbiotic N2 fixation were the primary sources of 
nitrate in this long-term study. (Addiscott, 1988). Four field drainage plots in Minnesota 
were fallowed (no crop grown and no N applied) with periodic tillage each year from 1987 
until 2000. Nitrate-N concentration in the tile drainage water averaged 57 mg L'̂  in 1990 
following three dry years with no drainage. Flow-weighted annual concentrations decreased 
to 38, 25, and 23 mg L"̂  in 1991, 1992, and 1993, respectively, and have plateaued at about 
20 mg L'̂  since (Randall, 2000). 

Numerous studies have shown substantial losses of nitrate during the winter and early 
spring prior to N fertilizer application for fall-sown cereals (see section 3.1). Much of the 
nitrate lost during this period has been attributed to mineralization, but residual soil nitrate 
after the previous crop also may have contributed significantly. Loss of fertilizer N by 
leaching after spring topdressing is usually less than loss in autumn and winter of N released 
by the mineralization of organic matter, provided that good agronomic practices are adopted 
(Addiscott et al., 1991; Goss et al., 1993). The magnitude of the leaching loss of N released 
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by mineralization in autumn and winter depended on the method of tillage, nutrient uptake by 
the current crop, volume of drainage, and previous crop. 

Tile drainage from continuous com plots that received only 20 kg N ha"̂  yr"̂  in 
Minnesota contained annual flow-weighted nitrate-N concentrations of 13, 19, and 19 mg L'̂  
in 1973, 1974, and 1975, respectively (Gast et al., 1978). No drainage occurred in 1976, an 
extremely dry year. In 1977, with slightly above-normal rainfall, nitrate-N concentrations 
averaged 28 mg L'* from these plots. Drainage studies in Iowa indicated that nitrate-N losses 
to subsurface drainage water occur primarily as a result of asynchronous production and 
uptake of nitrate in the soil and the presence of large quantities of potentially mineralizable N 
in soil organic matter (Cambardella et al., 1999). Keeney and DeLucca (1993) examined 
nitrate-N concentrations in the Des Moines River in 1945, 1955, 1976, and from 1980 
through 1990 and found the average nitrate-N concentration to have changed little in the last 
45 years (5.0 mg L"̂  in 1945 to 5.6 mg L"̂  in 1980-90). They concluded that intensive 
agricultural practices that enhance mineralization of soil N coupled with subsurface, tile 
drainage are the major contributors of nitrate-N rather than solely fertilizer N. Somewhat 
similar conclusions were drawn by David et al. (1997) who surmised that agricultural 
disturbance leading to high mineralization rates and N fertilization combined with 
subsurface, tile drainage contributed significantly to nitrate export in the Embarras River in 
Illinois. In their 6-yr study, an average of 49% (range from 25 to 85%) of the large pool of 
nitrate remaining after harvest was leached through drain tiles and exported by the River. 

3.3 Cropping systems 
Nitrate-N concentrations in and losses to subsurface drainage water have frequently been 

shown to be affected by cropping systems. In one of the earliest Ontario studies, nitrate 
losses in tile drainage were highest with continuous com, intermediate with a com-oat 
(Avena sativa L.)-alfalfa {Medicago sativa)-alfalfa rotation, and lowest with continuous 
bluegrass (Poa pratensis L.) (Bolton et al., 1970). Logan et al. (1980) reported nitrate losses 
were highest with N-fertilized com, intermediate for soybean or systems where other crops 
were in rotation, and lowest with alfalfa. Tile drainage from alfalfa fields in Califomia also 
contained very low concentrations and losses of nitrate-N (Letey et al., 1977). Subsurface 
drainage from row-crop systems (continuous com and a com-soybean rotation) fertilized 
with N based on a spring soil test was compared to that from perennial crops (alfalfa and a 
CRP grass-alfalfa mix) in a Minnesota study (Randall et al, 1997). Four-yr flow-weighted 
nitrate-N concentrations averaged 28 mg L'̂  for continuous com, 22 to 23 mg L"̂  for the 
com-soybean rotation and <2 mg L'* for the alfalfa and CRP systems. Due to greater flow 
volumes (Table 2) and nitrate concentrations from the row crops, nitrate losses from the row 
crops ranged from 30 to 50X greater than from the perennial crops (Table 4). Similar results 
were reported by Dmry et al., (1993) who found nitrate concentrations and losses of 12 to 17 
mg L"̂  and 38 kg ha"^ respectively, for continuous com compared to 1.2 to 2.6 mg L"̂  and 4 
kg ha"̂  for bluegrass during a 2-yr period in Ontario. Nitrate-N concentrations in drainage 
from alfalfa were also shown to be much lower compared to com and soybeans in Iowa 
(Baker and Melvin, 1994). 
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Table 4 
Effect of crop system on 4-yr flow-weighted nitrate-N concentrations and total nitrate-N loss 
(adapted from Randall et al, 1997). 

4-Yr Flow-weighted 4-Yr Total 
Crop System Nitrate-N Concentration Nitrate-N Loss 

mgL"* kg ha'* 

Continuous com 28 217 
Corn-soybean 23 204 
Soybean-corn 22 202 
Alfalfa 1.6 7 
CRP 07 4 

Nitrate losses to drainage water from corn-soybean rotations have been compared to 
continuous com in Iowa and Ohio. A 3-yr study in Iowa with recommended N rates of 202 
kg ha'* for continuous com and 168 kg ha'* for com after soybean showed markedly higher 
nitrate-N concentrations and losses for continuous com (Table 5) (Kanwar et al., 1997). 
These authors ftarther concluded that cropping system had a much greater effect on nitrate 
losses than did tillage. A 4-yr study in Ohio showed nitrate-N concentrations in subsurface 
drainage water from soybean to be as high or higher than with com in a com-soybean 
rotation, especially in the spring (Logan et al., 1994). They concluded that a significant 
portion of the nitrate in tile drainage is due to N carried over from the previous com crop. 
Potato fields in New Bmnswick, Canada were also found to be quite leaky with nitrate-N 
losses ranging from 5 to 33 kg ha'* for April through December in 10 site-years (Milbum et 
al, 1990). 

Table 5 
Three-yr average nitrate-N concentrations and losses as affected by crop rotation in Iowa. 
(adapted from Kanwar et al., 1997). 

Nitrate-N-
Crop rotation Concentration Loss 

mgL'* kg ha'* 

Continuous com 30 58 
Com-soybean 18 28 
Soybean-com 18 29 

- Averaged across four tillage systems. 
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Perennial crops have been shown to reduce nitrate losses to tile drainage compared to 
cereal and bean crops. Robbins and Carter (1980) showed lower nitrate-N concentrations 
with alfalfa compared to dry bean (Phaseolus vulgaris L.) in Idaho. In Swedish studies, 
Bergstrom (1987) found much lower drainage volume and nitrate-N concentrations and flux 
with two perennial ley crops, fescue (Festuca pratensis L.) and alfalfa compared to barley 
(Hordeum distichum L.). The fescue and alfalfa leys acted as optimal catch crops, mostly due 
to their extended growing season. Because grass absorbs N whenever mineralization is 
occurring, grassland is potentially a less leaky system than arable farming (Addiscott et al., 
1991), especially when the grass is unfertilized (Ryden et al., 1984). However, plowing a 
grassland releases mineral N from the organic matter and much nitrate can potentially leach 
to drainage water, particularly from older stands. 

The effect of three cropping systems [continuous winter cereals (barley, oats, and wheat), 
mixed crops (winter and spring cereals, spring beans, winter cover crops, and winter fallow), 
and an unfertilized, ungrazed grass ley] on nitrate-N losses to subsurface, tile drainage was 
measured on hydrologically isolated field plots in England (Catt et al., 1998). Four-year 
average nitrate-N concentrations and total nitrate-N losses were substantially lower for the 
grass plots than for the plots planted to continuous winter cereals (Table 6). Nitrate-N 
concentrations and losses in the drainflow from the grass plots were about 90% lower than 
the mean for the annual crops in the second, third, and fourth years. Losses of nitrate-N 
during the 4-yr period were 160% greater for the mixed cropping systems receiving an 
annual average fertilizer N application rate of 93 kg ha" compared to the continuous winter 
cereals that received an annual fertilizer N rate of 138 kg ha' This dramatic effect of 
cropping systems occurred consistently both in the winter when losses were large and in the 
spring after N fertilization when losses were small. These researchers concluded that on 
heavy clay soils in the UK a cropping regime of continuous winter cereals offers the best 
compromise between profitable crop production and minerals nitrate loss to surface waters. 

Table 6 
Influence of three European cropping systems on the 4-yr average nitrate-N concentration and 
total nitrate-N loss (adapted from Catt et al., 1998). 

Crop Svstem 

Mixed crops 
Winter cereals 
Grass ley 

Avg. Nitrate-N 
Concentration 

T -1 mgL 

33 
30 
5 

Winter^ 

102 
39 
13 

Total Nitrate-N Loss 
c • 2/ 
Spring -1 

Kgna 

11 
4 
1 

Annual 

113 
43 
14 

Between harvest and the first spring application of fertilizer N. 
Between the first spring application of fertilizer N and harvest. 
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Cover crops planted in the fall and killed prior to spring planting have been shown to 
effectively reduce downward movement of nitrate. Winter rye (Secale cereale) was planted 
in the fall as a cover crop following com harvest in a Minnesota drainage experiment (Strock 
et al., 2000). The rye was then chemically killed prior to planting soybeans the next spring. 
Water and nitrate loss through subsurface tile drains was reduced 23% and 50%, 
respectively, compared with the corn-soybean rotation without the rye cover crop in a year of 
adequate rainfall. Martinez and Guiraud (1990) concluded from a lysimeter study that 
keeping the soil covered with a growing crop during the autumn and winter is considered to 
be an efficient means to reduce nitrate leaching from arable land in contrast to conducting 
fall tillage in wheat production systems. Although less nitrate-N was leached from winter 
cover crops compared to winter fallowing in a mixed winter and spring cropping system in 
England, greater amounts of nitrate were leached from the cover crop system compared to 
continuous winter cereals (Catt et al., 1998). Poor synchronization between mineralization of 
the cover crop residues and periods of N uptake by the subsequent spring and winter-planted 
cereals was hypothesized as the reason for increased nitrate loss. These results indicate that 
the entire cropping system needs to be considered when deciding whether to establish cover 
to minimize nitrate leaching. 

In summary, these studies show substantially higher nitrate-N concentrations in row 
crops, especially continuous com, compared to perennial crops that have an extended period 
of greater root activity (water and nutrient uptake) and where cycling of N is optimized. 

3.4 Rate of N application 
Applying the proper rate of N for a crop is a major management decision facing crop 

producers. Using too little N for a highly responsive crop such as com or wheat results in 
lower yields, poorer grain quality, and reduced profits. When too much N is applied, crop 
yields and quality are not impacted, but profit can be reduced somewhat and negative 
environmental consequences likely will occur. 

Long-term research provides the guidance necessary to make N rate decisions. Nitrogen 
rate recommendations also include credits for N from sources such as manure and N fixed by 
legumes. These N credits are then subtracted from the total amount of N required by the crop 
to provide a fertilizer N rate recommendation. Even though the examples used in the 
following discussion focus on fertilizer N, it should be remembered that these principles also 
relate to N supplied by manure and legume fixation. 

Many have shown that the mass of nitrate-N leached and/or lost in subsurface tile 
drainage increases as N fertilization rates increase (Angle et al., 1993; Baker and Johnson, 
1981; Gast et al., 1978). The relationship between the annual fertilizer N rate for continuous 
com and the annual flow-weighted nitrate-N concentration in subsurface tile water is shown 
in Fig. 2 for a Minnesota study (Randall, 2000). Annual N rates were begun in 1975 but no 
drainage occurred in 1975 and 1976 due to very dry weather. Thus, at the beginning of 1977 
increasingly high amounts of residual soil nitrate (RSN) remained in the soil profile with 
each additional amount of N applied. Consequently, very high concentrations of nitrate-N 
were found in the 12 cm of drainage water in 1977. Nitrate-N concentrations in the drainage 
water were lower in 1978 and were reduced further in 1979 as drainage volume increased 
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and yields improved. Annual flow-weighted N concentrations from the 0-kg N plots ranged 
from 13 to 16 mg L"', again indicating the role that soil mineralization played during this dry 
to wet climatic cycle in this high organic matter soil. Averaged across the 3 yr when tile flow 
occurred, nitrate-N concentrations in the drainage water were increased by 16 mg L'̂  when 
the N rate was increased from 112 to 224 kg ha"̂  and by 20 mg L'* when N rate was 
increased from 224 to 336 kg ha\ If 190 kg N ha'̂  was the recommended N rate for a yield 
goal of 10 Mg ha"\ but the grower decided to apply an additional 45 kg N ha'̂  for 
"insurance" purposes, based on these data, nitrate-N concentrations in the drainage water 
would be projected to increase about 7 mg L'\ If an annual N credit of 100 kg ha'̂  from 
manure were ignored and a total of 290 kg N ha'* was applied annually, nitrate-N 
concentrations could be expected to increase by about 17 mg L"'. On the other hand, if the N 
rate was reduced 10% to 170 kg ha"', nitrate-N concentrations could be expected to decrease 
by about 3 mg L"* with a yield reduction of about 0.3 to 0.4 Mg ha'K 
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Fig. 2. Nitrate-N conccntratioii in tile drainage water as affected 
by N rate for continuous com in Minnesota. 

Although abnormally dry conditions prevailed for the first two years of the above study, 
the results clearly show the effect of increasing N rate on the concentration of nitrate-N in tile 
drainage water. Residual soil nitrate that accumulates in the soil profile during dry periods is 
the major source of the nitrate lost in tile drainage. Accounting for RSN following dry years 
by using spring soil N tests (Blackmer et al., 1989; Bundy et al., 1993; Magdoff, 1984; 
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Schmitt and Randall, 1994) could be quite helpful to growers. Unless the nitrate has been 
leached below the sampling zone, these tests should be able to provide information that 
would lead to reductions in the rate of fertiUzer N recommended, resulting in lower nitrate-N 
losses in tile drainage water. 

Improved manure management, including uniform application of known nutrient 
amounts and immediate incorporation, is critical if the optimum N rate is to be achieved in 
livestock production systems. Altogether too often manure is applied with a disposal 
objective in mind rather than with a utilization objective. When this occurs, rates of N as 
manure tend to be high and are not distributed evenly across the field. Consequently, credit is 
not given for N in the manure and the total rate of N (fertilizer plus manure) becomes 
excessive. When the nutrient content of manure is known and best management practices are 
used in land application, manure does not lead to greater nitrate losses to subsurface, tile 
drainage than does N from commercial fertilizer (Randall et al., 2000). If manure is applied 
at greater than agronomic rates, elevated concentrations of nitrate will occur in the drainage 
water. 

20 30 40 50 60 

Precipitation (cm) 
90 

Fig. 3. Predicted nitrate-N loss in subsurface tile drainage as affected 
by N rate and April-August precipitation in Minnesota. 
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The relationship between growing season precipitation (April - August) and predicted 
nitrate-N losses in tile drainage in Minnesota for various N rates is shown in Fig. 3. These 
relationships were obtained by running the ADAPT model for 82 years of precipitation data 
and plotting predicted drainage losses of nitrate-N versus precipitation (Davis et al., 2000). 
As expected, the predicted nitrate-N losses in wet years were much greater than in dry years 
for a given rate of applied N, and the magnitude of nitrate-N losses increased as N 
application rate increased. In dry years, nitrate-N losses through tile drainage were quite low 
for all N application rates because of a lack of precipitation to drive nitrate leaching. During 
normal years (50 cm of precipitation), nitrate-N losses were reduced from about 35 kg ha" to 
about 10 kg ha'̂  when N fertilizer application rates were reduced from 225 kg ha'̂  to 150 kg 
ha^ 

3.5 Time of N application 
Agronomically and environmentally speaking, spring applications are frequently superior 

to fall application because N loss between application and N uptake by the crop is less. 
However, many U.S. com growers, especially in the northern part of the Com Belt, desire to 
apply N in the fall because they usually have more time and field conditions are better. Early 
planting of com as soon as the soils are fit in the spring is desirable for highest yields and 
profit. Consequently, the window of opportunity for spring N application becomes very 
narrow (Randall and Schmitt, 1998). Soil compaction can also be a deterrent to spring 
application of N. In Europe, N applied in autumn, either as mineral fertilizer (Goss et al., 
1993) or as animal manure (Thompson et al., 1987) is very vulnerable to leaching in the 
winter. 

Nitrogen was applied as 15-N depleted ammonium sulfate in the fall and spring for 
continuous com to determine the effect of N application time and rate on nitrate losses to 
subsurface drainage and com yields in Minnesota (Randall and Mulla, 2001). Com yields 
from the late fall application (early November) of 134 and 202 kg N ha"' averaged 8% lower 
than with spring (late April) application (Table 7). In addition, annual losses of nitrate-N in 
the tile drainage water averaged 36% higher (9 kg ha"' yr"') with fall application compared to 
spring application. Averaged across time of application, yields and nitrate-N losses in the 
drainage water were 17 and 30% higher for the 202-kg rate compared to the 134-kg rate. At 
the end of the study, 65% of the N being lost in the drainage from the 268-kg fall treatment 
was derived from the fertilizer, whereas only 15% of the N in the drainage water lost from 
the 134-kg spring treatment was derived from the fertilizer (Buzicky et al., 1983). 

Split application of N should theoretically result in increased N efficiency and reduced 
nitrate losses because of greater synchronization between time of application and crop 
uptake. Evidence in the literature to support this concept is mixed, however. Baker and 
Melvin (1994) reported losses of nitrate-N to be higher for split application compared to a 
preplant application for continuous com. Losses with split application for the com-soybean 
rotation were lower in the year of application but tended to be higher in the following year 
when soybeans followed com. In another Iowa study, Bjomeberg et al (1998) concluded that 
combining a split N fertilizer management strategy based on the pre-sidedress nitrate soil test 
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Table 7 
Effect of N rate and time of application on nitrate-N losses to subsurface drainage and com 
yield in Minnesota. 

Rate 
kg ha' 

0 
134 
134 
202 
202 

N /̂ 
Time 

0 
Fall 

Spring 
Fall 

Spring 

Annual Loss of 
Nitrate-N in Drainage 

kg ha" yr" 

8 
30 
21 
38 
29 

5-Yr Yield Avg. 
Mg ha"* 

4.1 
8.2 
9.4 

10.0 
10.5 

- Ammonium sulfate applied about 1 Nov or 1 May. 

(PSNT) with no-tillage practices can have positive environmental benefits without reducing 
com yields in a com-soybean rotation. 

3.6 Nitrification inhibitors 
Nitrification inhibitors are sometimes added to ammonium fertilizers [anhydrous 

ammonia (AA) and urea] to retard or slow the conversion of ammonium to nitrate after 
fertilizer application. Nitrapyrin (N-Serve) has been the most commonly used nitrification 
inhibitor in the U.S. and has been a component in many N research studies. Many of these 
studies have focused on the agronomic effects of nitrapyrin coupled with leaching conditions. 
Anhydrous ammonia was applied in four treatments [(late fall, late fall + nitrapyrin, spring 
preplant, and split (40% preplant + 60% sidedress)] to drainage plots in Minnesota from 1987 
through 1993 (Randall and Mulla, 2001). Subsurface tile drainage did not occur in 1987 
through 1989 due to very dry conditions. Flow weighted nitrate-N concentrations across the 
4-yr flow period (1990-93) averaged 20, 17, 16, and 16 mg L'* for the four treatments, 
respectively (Table 8). Yields were increased significantly in the very wet years by the 
addition of nitrapyrin to the fall application. These data obtained from poorly drained, fine-
textured soils during wetter than normal years suggest that application of AA in the spring or 
in late fall along with a nitrification inhibitor (N-Serve) would: (1) reduce nitrate-N 
concentration by about 3 to 4 mg L'^ (2) reduce nitrate-N flux by about 18 kg ha"' yr"' and 
(3) increase com yields about 0.6 Mg ha"' compared to a late fall application of AA without a 
nitrification inhibitor. Earlier fall applications of AA when soil temperatures are warmer and 
conversion to nitrate (nitrification) is faster would be expected to produce even greater losses 
of nitrate to drainage water and poorer yields. 

Response to nitrapyrin may be particularly dependent on time of N application. Quesada 
et al. (2000) reported the agronomic and economic effects of nitrapyrin applied with 
ammonia in the spring during a 10-yr period in Iowa. Grain yield responses occurred with 
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Table 8 
Effect of time of N application and nitrapyrin on nitrate-N losses and corn yield in a 
corn-soybean rotation, (adapted from Randall and Mulla, 2001). 

N Treatment- nitrate-N Cone Total Nitrate-N Lost Avg. Yield 
Mg ha* 

Avg. Annual F.W. 
nitrate-N Cone 

mgL-* 

20 
17 
16 
16 

Total Nitrate-N Lost 
kg ha* 

264 
208 
177 
190 

Fall 20 264 8.0 
Fall + nitrapyrin 17 208 8.6 
Spring 16 177 8.6 
Split 16 190 9.0 

- Anhydrous ammonia applied 25 Oct or 1 May. 

nitrapyrin in one year for continuous com but did not occur for com in rotation with soybean. 
These data suggest that nitrapyrin would not likely be beneficial in reducing nitrate losses to 
tile drainage when applied with ammonia in the spring. 

3.7 Tillage 
Numerous studies have been conducted in Canada, Europe, and North America to determine 
the effect of tillage on nitrate losses to subsurface drainage water. The effect of tillage 
depends largely on the cropping system and the time of year when most of the drainage 
occurs. Com and soybean systems in the Com Belt and southem Canada generally show 
greater amounts of drain flow for no tillage and other very reduced tillage systems, whereas 
nitrate-N concentrations tend to be greater with the more conventional tillage systems, i.e., 
moldboard plow and chisel plow (Bjomeberg et al., 1996; Patini et al., 1996; Randall and 
Iragavarapu, 1995). Multiple tillage systems were compared in a continuous com and a corn-
soybean rotation for a 3-yr period in Iowa (Table 9) while moldboard plow (MP) and no-till 
(NT) systems were compared for continuous corn in Minnesota (11 years) and Ontario (40 
months) (Table 10). Nitrate-N losses among the tillage treatments in all three studies were 
not statistically significant, leading to the general conclusion that tillage does not affect total 
nitrate flux in subsurface drainage in these com and soybean systems. However, a 3-yr study 
with continuous com in Ontario (Dmry et al., 1993) did show slightly decreased 
concentrations and losses of nitrate-N for ridge tillage and no tillage compared to moldboard 
plow tillage. 

Cereal production systems in Europe, where drainage during the late fall and winter 
predominates, have shown significant affects of tillage on nitrate losses in subsurface 
drainage. In the UK, annual losses through mole and tile drainage were smaller from direct 
drilled (no-till) wheat than from plowed plots on a clay soil (Goss et al., 1988, 1993). Nitrate 
losses during the 6-yr period were reduced by 18% with direct drilling compared to plowing 
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Table 9 
Drain flow, nitrate-N concentrations, and nitrate-N losses in subsurface tile drainage as 
influenced by tillage in three Iowa cropping systems, (adapted from Bjomeberg et al, 1996). 

3-Yr Average 

Tillage Drain flow 
mm 

129 
194 
207 
263 

131 
178 
145 
132 

Nitrate-N 
Concentration 

mgL-^ 

Continuous com 
38 
32 
25 
23 

Com after soybean 
20 
20 
17 
16 

Soybean after com 

Loss 
kg ha' 

47 
65 
54 
63 

28 
35 
24 
24 

Moldboard plow 
Chisel plow 
Ridge tillage 
No tillage 

Moldboard plow 
Chisel plow 
Ridge tillage 
No tillage 

Moldboard plow 
Chisel plow 
Ridge tillage 
No tillage 

152 
182 
168 
168 

21 
20 
16 
14 

32 
35 
25 
25 

Table 10 
Effect of tillage for continuous com on tile flow and nitrate-N losses in subsurface drainage in 
Minnesota and Ontario, (adapted from Randall and Iragavarapu, 1995 and Patini et al., 1996). 

Parameter 

Annual drainage (mm) 
Mean nitrate-N cone, (mg L"') 
Annual nitrate-N loss (kg ha'*) 
N lost as a % of N applied 

MP 

279 
15 
43 
21 

Minnesota 
NT 

315 
13 
41 
20 

MP 

119 
25 
32 
21 

Ontario 
NT 

174 
21 
36 
24 

(Table 11). Tillage prior to planting enhanced mineralization providing a larger pool of 
nitrate in the fall, which along with the 20 kg ha' ' application of fertilizer N leached into 
subsurface drainage during the winter. Nitrate losses after the application of 157 kg N ha'̂  in 
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the spring totaled only 15 to 25% of the annual loss and were not different between the two 
tillage systems. Reducing the depth of autumn tillage from 200 mm to 100 mm or 
incorporating harvest residues compared to burning did not significantly decrease nitrate 
leaching in 3 or 4 years in a continuous winter cereal cropping system (Goss et al., 1998). 
Nitrate leaching in spring sown small grain crops (barley, oats, and wheat) was 24 kg N ha" 
greater with early fall (September) moldboard plow tillage compared to spring tillage during 
a 3-yr period in Sweden (Stenberg et al., 1999). Based on the results from these European 
studies, it seems likely that fall tillage in the southern and eastern region of the Com belt 
may also stimulate over-winter losses of nitrate, especially following soybeans. 

Table 11 
Nitrate-N loss in subsurface drainflow as affected by tillage for fall sown cereals in England 
from 1981-86. (adapted from Goss et al., 1988). 

Tillage system 

Plow 
Direct drill (No till) 

Winter 

33 
24 

6-Yr Avg. Nitrate-N Loss 
Spring 
kg ha' 

6 
8 

Annual 

39 
32 

3.8 Drain tile spacing and depth 
The optimum spacing between subsurface, tile drains is generally a function of the 

hydraulic properties of the soil, annual precipitation, rate or speed of drainage desired, depth 
of placement, and installation cost. As farms and farm equipment get larger, the importance 
of timeliness and suitable soil moisture conditions for conducting field operations becomes 
more critical for crop producers. Soil compaction is likely reduced and trafficability 
enhanced with closer drain spacings that remove excess water more quickly. Lower yields 
are often thought to be due to inadequate drainage in these poorly drained soil landscapes. 
Consequently, many farmers install additional drain tile to narrow the spacing between tiles 
with the expectation that crop yields will be improved because of enhanced drainage. 

A 6-yr study on a poorly drained Clermont silt loam soil in Indiana showed drain 
spacing to markedly affect nitrate losses in subsurface drainage water (Kladivko et al., 1991; 
Kladivko et al., 1999). Annual nitrate-N losses averaged across the 6-yr were 32, 41, and 60 
kg ha"̂  for the 20-m, 10-m, and 5-m drain spacings, respectively. These differences were 
largely affected by drain flow which averaged 130, 166, and 242 mm yr'̂  for the three 
spacings, respectively. Nitrate-N concentrations were affected very little by drain spacing. 
Yield measurements taken during a 4-yr period (1984-87) at this site showed lower com 
yields on the 5-m spacings than on the 10-m or greater spacings (Larney et al., 1989). 
Averaged across a 10-yr period, com yields were not different among the three drain 
spacings. Although few data exist, inferences drawn from this field work suggest that 
narrowing tile drainage to spacing <20 m could result in greater losses compared to wider 
spacings. Recent modeling studies, however, suggest nitrate losses in subsurface drainage are 
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not reduced as much with changes in tile spacing as compared to reductions in rate of N 
applied. Davis et al. (2000) reached this conclusion after conducting long-term (80 yr) 
simulations using the ADAPT model. Similar conclusions were drawn fi-om the 
DRAINMOD-N model using climatic variation during a 24-yr period (Zhao et al., 2000). 
Additional research is needed to more clearly define the agronomic and environmental 
influence of tile spacing in subsurface drainage systems. 

Controlled drainage is a management practice that adjusts or controls water height 
within a subsurface, tile drainage system. Controlling the drainage by some mechanical 
means allows timely drainage but also maximizes storage of water within the field for 
utilization by the crop. Field studies in North Carolina and Ontario have shown substantial 
reductions in losses of nitrate from subsurface drainage where controlled drainage has been 
employed. 

Nitrate reductions in controlled drainage systems result from two factors: (i) volume of 
drainage water leaving a field is reduced and (ii) denitrification within the soil profile is 
promoted because a higher water table level is maintained. Water table depth in a controlled 
drainage system should be no lower than 90 cm below the soil surface to reduce nitrate losses 
(Gilliam et al., 1997). In North Carolina, reductions in nitrate losses were due to less water 
leaving the field via tile flow in moderately well-drained soils (Gilliam et al., 1979). In 
Ontario, nitrate loss reductions resulted from both less flow and lower nitrate concentrations 
because of enhanced denitrification. During a 3-yr period, Drury et al. (1996) found 
controlled drainage to reduce flow volume by 24%, nitrate concentration by 25%, and nitrate 
loss by 43%. In a 2-yr study, Mejia and Madramootoo (1998) found nitrate in effluent from 
controlled drainage at 50 and 75-cm depths to be reduced by 84 and 77%, respectively, in 
1995 and 61 and 52%, respectively, in 1996. Nitrate loads to the receiving lake were reduced 
95 and 30%, respectively, in 1996 compared to free drainage. Results from these studies 
demonstrated that controlled drainage is an effective method of reducing nitrate losses from 
subsurface drainage in relatively flat landscapes favorable to their installation. 

4. SUMMARY 

Field studies have been conducted in Europe since the mid-1800s and in North America 
for the last 40 years to assess the role of subsurface tile drainage on promoting nitrate losses 
from agricultural production areas to surface waters. Generally speaking, factors influencing 
nitrate losses in subsurface drainage can be divided into two categories - - uncontrollable and 
controllable. Uncontrollable factors consist of precipitation and soil mineralization which can 
be manipulated to some degree. Controllable factors are those management practices used by 
crop producers to best fit the needs of their enterprise. 

The following summarizes the effects of many individual factors on nitrate losses in 
sub- surface drainage from agricultural production systems. 

• Precipitation has a huge effect on drainage flow volume and nitrate losses. Annual 
nitrate-N losses can range from 0 in dry years to >100 kg ha"* in years with much 
above-normal precipitation. Losses are also affected by dry and wet climatic cycles 
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with greatest losses occurring in wet years following dry years. The temporal 
distribution of precipitation (fall vs. winter vs. spring vs. summer) can affect some N 
and crop management decisions, i e., time of N application, tillage, etc. A substantial 
proportion of the annual nitrate loss may occur within only a few days when soils are 
saturated and very large precipitation events happen. 

Soil mineralization contributes nitrate that is susceptible to loss in subsurface 
drainage. Nitrate losses can be very high, especially following dry years, if crop 
uptake is not synchronized with availability of the mineralized nitrate. 

Nitrate losses from the landscape are highly related to cropping system. Row crops, 
i.e., com and soybean, yield much greater drainage volumes and nitrate-N 
concentrations in the drainage water than do perennial crops, i.e., alfalfa and CRP 
grass/legume mix. Nitrate-N losses can be 30 to SOX higher from these row crops 
compared to these perennial crops. Cereal production systems in Europe also yield 
greater nitrate-N concentrations and losses in drainage water than do unfertilized 
grass by crops. This is especially true for spring-planted cereals when a winter crop 
has not been established. 

Rate of N application affects nitrate losses in drainage more than any other nutrient 
management decision. Nitrate losses increase as the rate of N application increases. 
At application rates greater than needed by the crop, the excess N will likely remain 
in the soil profile where it is highly susceptible to loss, especially in wetter-than-
normal years. Nitrate losses are not different among N sources as long as the rate of 
application is similar. 

I Nitrate losses to drainage as affected by time of N application are greatly influenced 
by temporal distribution of precipitation, evapotranspiration demand, leaching, and 
source of N. Fall application of N is particularly risky if leaching is significant 
between application and crop uptake. If over-winter leaching is absent due to frozen 
soils and spring conditions are dry, losses from fall-applied N will not be different 
from spring-applied N. Anhydrous ammonia and manure are likely to be less affected 
by time of application due to slower nitrification than those fertilizers that nitrify 
more quickly. Sidedress and late split applications of N to com tend to give greater 
nitrate concentrations in drainage in the succeeding year compared to preplant 
applications. 

I Nitrification inhibitors added to fall-applied anhydrous ammonia can reduce nitrate 
losses and improve com yields in those years when leaching is synchronous with 
persistence of the inhibitor. If leaching occurs after the inhibitor has degraded, 
protection against nitrate losses will no longer be provided. Spring application of 
nitrification inhibitors has generally not been beneficial on poorly drained soils. 
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• Tillage systems for row crops in the Northern US generally do not affect the amount 
of nitrate lost in drainage. Drainage flow volume is often greatest for the very reduced 
systems while nitrate concentrations are greatest for the conventional, plow-tillage 
systems. In cereal production systems in Europe, where over-winter drainage 
dominates, fall tillage increases nitrate losses compared to no tillage. This again 
shows the need to consider climate and time of leaching when making crop and 
nutrient management decisions to minimize nitrate losses. 

• Limited field studies show greater nitrate losses as spacing between tile lines is 
reduced. However, modeling studies suggest minimal effect of drain spacing and 
depth compared to rate of N applied. Controlled drainage systems that manage water 
table depth throughout the season can significantly lower nitrate losses in drainage 
water. 

• Long-term, subsurface drainage research, which integrates the effects of climatic 
variability, soil properties, and various cropping systems, is vital to our understanding 
of nitrate losses to subsurface drainage. Educators and policy makers must consider 
this research as they deal with the occurrence of nitrates from agricultural production 
systems in surface waters. 
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1. INTRODUCTION 

Nitrogen, particularly in the form of nitrate, is the most common contaminant in aquifer systems 
(Freeze and Cherry, 1979). Hallberg (1989) points to agriculture as the most substantial 
anthropogenic source of nitrate, and Keeney (1986) suggests this is caused by the intensive and 
extensive land-use activities associated with crops and animal production. The discussion of the 
occurrence of nitrogen in groundwater beneath agricultural systems is presented by examining the 
factors influencing aquifer vulnerability to nitrogen contamination, and by characterizing the 
geographic distribution of groundwater contamination by nitrogen. Factors that influence aquifer 
vulnerability are presented in the context of exposure to nitrogen sources from general 
agricultural systems and hydrologic conditions that facilitate transfer of those sources to 
groundwater. This analysis focuses on the occurrence of nitrate in the United States because data 
are readily available on many variables needed for such an analysis. Data from the U.S. 
Geological Survey National Water Quality Assessment Program (NAWQA, Gilliom et al., 1995); 
the Census of Agriculture; the National Resources Inventory; and the State Soils Geographic 
Database [STATSGO (U.S. Department of Agriculture, 1994)] provide an unique opportunity to 
directly relate nitrogen in groundwater to agricultural systems at a national or continental scale. 
Results of international research and monitoring are introduced to compare the occurrence of 
nitrogen in similar agricultural and hydrologic systems supported by literature and data available 
from the United Nations Food and Agriculture Organization. 

1.1 Groundwater and Well Water 
Selection of groundwater chemistry information is critical to understanding whether the aquifer is 
contaminated or whether wells used for drinking water have intercepted some contaminated 
ground or surface water adjacent to the well. Some excellent studies have provided information 
about nitrate concentrations in wells used for private and community drinking water (Richards et 
al., 1996, U.S. Environmental Protection Agency, 1990; Kross, et al. 1990; Monsanto Company, 
1990, LeMasters and Doyle, 1989, and Exner and Spalding, 1985). These studies provide 
valuable human-health information, but less information about the general condition of aquifers 
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that form the groundwater resource. Other regional, national, and statewide studies of the quality 
of groundwater resources have included assessments of ambient conditions in aquifers (Nolan and 
Stoner, 2000, Mueller and Helsel, 1996, Kolpin et al, 1996, and Burkart and Kolpin, 1993). 

Aquifers are subsurface materials that store and transmit groundwater from recharge areas to 
discharge areas. Recharge areas often cover large parts of the landscape, whereas discharge areas 
generally are relatively small, such as surface water bodies and withdrawal wells. Aquifers and 
individual wells can be contaminated by substantially different processes. Aquifers can be 
contaminated by agricultural-chemical use over large parts of recharge areas. Properly 
constructed wells down gradient from recharge areas can withdraw water with dissolved 
contaminants derived from those areas. Agricultural chemicals can contaminate improperly 
constructed wells without appreciably affecting the aquifer. This contamination can occur when 
chemicals present near a well move from the surface down the outside of the well casing or 
laterally into the well through hydrologic units that are not isolated during well construction. The 
following discussion will only include processes by which aquifers can be impacted by nitrogen 
derived from agricultural systems and leached to aquifers in recharge areas. 

1.2 Forms of Nitrogen in Groundwater 
The forms of nitrogen generally measured in groundwater include nitrate (N0"3), nitrite (N0"2), 
and ammonia (NH'̂ 3) ions. Most analyses combine NO'3 and NO'2 and investigators report this 
as N0"3 because NO'2 occurs in substantially smaller concentrations in groundwater than NO'3. 
Nitrite also is an intermediate product of both nitrification and denitrification that is relatively 
unstable (Keeney, 1986), which helps explain its limited occurrence in groundwater. Nitrification 
is an oxidizing process and denitrification a reducing process with respect to NO'3, ^^^ ̂ ^th are 
biologically mediated. Organic nitrogen is rarely measured and not well known in groundwater 
(Korom, 1992). A generally accepted hypothesis is that measurable NH^3 and organic nitrogen 
rarely occur in groundwater because the required biological activity to produce them is minimal 
in groundwater systems. Nolan and Stoner (2000) reported that nitrate was detected more than 13 
times as often as NH'̂ 3 and organic nitrogen in shallow groundwater of major aquifers of the 
United States, based on a detection threshold of 0.2 mg/L as nitrogen. In fact, concentrations of 
ammonia in groundwater rarely exceeded 0.1 mg/L, indicating chemical instability. This chapter 
will deal dominantly with nitrate (reported as nitrate + nitrite) with reference to NH^3 occurrence 
where limited information is available. 

1.3 Nitrate Contamination Levels 
Contamination is the occurrence of NO'3 ^̂ ^̂  exceeds a generally accepted concentration 
attributable to natural conditions. The authors are not aware of studies to examine minimum 
natural thresholds of NH"̂ 3, perhaps because its occurrence is too infrequent and concentrations 
are comparatively small. Nitrate is the most common contaminant in aquifers (Freeze and 
Cherry, 1979) and has been the most frequently mentioned groundwater contaminant associated 
with human activities throughout the world for several decades. The large number of NO'3 
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measurements may be due to the establishment of international standards for drinking water for 
this ion and its wide distribution in the environment (Feth, 1966). The concentrations of nitrate in 
waters unaffected by human activities were shown to be less than 10 mg/L of N0"3 by Feth 
(1966). A wide range of natural or background concentrations in groundwater has been reported 
for specific geographic locations from as small as 0.2 mg/L N0"3 in Ohio (Baker et al., 1989) to 
as much as 100 mg/L NO'3 in the Sahel of Africa (Edmunds and Gaye, 1997). Nitrogenous 
minerals have been reported in geologic materials that could provide natural sources of nitrate to 
groundwater in the northern Great Plains of the United States (Boyce et al., 1976 and Ferguson et 
al., 1972) and in the San Joaquin Valley, California (Strathouse et al., 1980), for example. 
Extensive analysis of historical data from the U.S. for the National Water Summary by Madison 
and Brunett (1985) concluded that concentrations in excess of 3 mg/L may be indicative of 
human inputs. A more recent analysis of U.S. Geological Survey national data from shallow 
groundwater (<30 m) beneath forest and rangeland concluded that 2.0 mg/L is a probable 
threshold for background concentration of NO'3 (Mueller and Helsel, 1996). 

1.4 Temporal Factors in Nitrate Contamination 
Little monitoring data exists to interpret temporal trends of nitrate in ground water because few 
monitoring programs have been designed to look at the quality of groundwater over time. Some 
examples have documented increased nitrate concentrations that relate to increased use of 
fertilizer and irrigation in the Snake River Plain of Idaho and the San Joaquin Valley of California 
(Fuhrer et al., 1999). Studies in the San Joaquin Valley showed that from the 1950s through 
1980, the use of nitrogen fertilizer increased from 51,756 to 338,230 metric tons per year. This 
was accompanied by an increase of nitrate concentrations in groundwater from less than 2 to 
about 5 mg/L for the same period of time. 

The complexities in the distribution of nitrate even in relatively simple hydrogeologic settings can 
confound interpretations of how groundwater nitrate relates to agricultural practices at the land 
surface. Recently, accurate methods of determining absolute groundwater dates for recharge as 
long ago as the 1940s have improved our understanding of groundwater contamination relative to 
the history of agricultural practices. Small atmospheric concentrations of man-made 
chlorofluorocarbons (CFCs) have been increasing steadily for more than 50 years in the United 
States, and have been used to estimate the age of the groundwater within 2 years under ideal 
conditions (Plummer et al., 1993). They can be used to resolve recharge dates less than 10 years 
old, a fact needed to assess water-quality conditions in relatively shallow aquifers (Busenberg and 
Plummer, 1992; Dunkleetal, 1993; Reilly etal, 1994; Cooketal., 1995; Boehlke and Denver, 
1996; Oster etal., 1996; and Tesoriero et al., 2000). Application of age-dating technology to 
aquifers under irrigated cropland showed larger nitrate concentrations, many greater than 10 
mg/L, with younger groundwater that was consistent with the history of increased fertilizer and 
irrigation applications starting about 30 years ago (Stoner et al, 1997). Groundwater older than 36 
years was sampled from deeper parts of this unconfmed sand and gravel aquifer. This deeper 
water had significantly lower nitrate concentrations. Other studies have linked nitrate 
contamination to agricultural practices using tritium dating methods having less accurate 
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resolution of age dating (Burow et al, 1998, Hinkle, 1997, and Savoca et al., 2000). Many of 
these studies incorporated analysis of the groundwater flow system, and possible effects of 
denitrification support interpretations based on tritium measures of residence time. 

2. GROUNDWATER VULNERABILITY TO NITROGEN 

The principles upon which groundwater vulnerability may be estimated include both specific 
vulnerability to sources of nitrogen from agricultural systems and intrinsic features of hydrologic 
susceptibility (Water Science and Technology Board, 1993; Zaporozec, 1994). Specific 
vulnerability to agricultural systems is a function of contaminant factors such as the quantity, rate, 
timing, and methods of nitrogen application, irrigation, and other agricultural management 
characteristics. Intrinsic susceptibility is a function of hydrogeologic factors such as proximity of 
an aquifer to the land surface, hydrologic properties of soil, and the amount, timing, and location 
of aquifer recharge. Understanding the juxtaposition of both specific vulnerability and intrinsic 
susceptibility is necessary to adequately define groundwater vulnerability. 

2.1 Specific Vulnerability Factors and Processes Associated with Agricultural Systems 
Manure and inorganic fertilizer are the principal sources of agricultural nitrogen that are easiest to 
document and compare globally. Mobile nitrogen, generally in the form of N0"3, can also be 
generated in situ by mineralization of soil organic matter, crop residues, legume fixation, and 
redeposition of ammonia from nearby sources such as manure and crop loss during senescence 
(Schepers and Mosier, 1991). However, defining the distribution of these in situ sources is 
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Figure 1. Use of inorganic nitrogen fertilizer by region since 1960. 
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Figure 2. Nitrogen available from animal 
manure during 1999 by world regions. 

feature in these data is the dramatic increase 
of fertilizer in Asia since the 1970s, although 
Western Europe currently uses the largest 
unit-area amount on cropland. Both 
American continents continue to increase 
their use of inorganic nitrogen fertilizer, 
although at rates less than those prior to the 
1980s. Also interesting are declines seen in 
Europe (both Western and Eastern), and the 
former USSR since 1989. These trends may 
be useful to project long-term changes in 
nitrogen contamination of groundwater 
throughout the world. Estimates of nitrogen 
available from livestock manure (Fig. 2) 
show a different global distribution from that 
of inorganic fertilizer. The estimates were 
based on FAO statistics (2000) on the 

number of animals in several categories and the estimated amount excreted by each animal 
(Lander et al., 1998). The ratio of source-load of manure-N can be classified in two quite 
different systems (Fig. 2). In North America, Asia, Western and Eastern Europe, approximately 
twice as much nitrogen comes from inorganic fertilizer compared to manure. In the remaining 
regions, the ratio is inverted with more than twice the nitrogen from manure except in the former 
USSR (only 1.7). The trend of increasing concentration of livestock production in the United 
States (U.S. Department of Commerce, 1997) is also concentrating the manure generated by 
livestock. Concentration of manure production is accompanied by a proportionate concentration 
of nitrogen sources available for leaching to groundwater. The concentration and storage of 
manure also increases nitrogen losses to the atmosphere (Lander et al., 1998). This loss to the 
atmosphere of nitrogen will not likely reduce the non-point source load of nitrogen because the 
deficit will be made up with inorganic fertilizer applications. In addition, up to 75% of locally 
derived atmospheric NH'̂ 3 and N H \ may be redeposited within 400 km (Ferm, 1998). If the 
trend of increasing size of livestock operations is global, there may be an accompanying trend of 
increasing nitrogen contamination of groundwater from both point sources of manure storage 
systems and non-point sources of manure disposal on fields near large livestock facilities. The 
processes in agricultural systems that generate nitrate support both plant growth and water 
contamination. These processes act on both imported sources and nitrate generated in situ. 
Fertilizer and manure are the primary imported sources (Power and Schepers, 1989) and organic-
matter mineralization and fixation are the principal processes generating nitrate within the soil 
(Schepers and Mosier, 1991). Crop uptake and microbial assimilation are the dominant processes 
that immobilize nitrate in the unsaturated zone. Immobilization by soil microorganisms may be 
offset by the opposing process of mineralization, both of which generally occur continuously 
(Keeney, 1986). During periods when neither crops nor soil microorganisms are active, available 
nitrate will leach through highly permeable soils to the water table when water from precipitation 
or irrigation exceeds evaporation. In many systems, imported nitrogen sources are added to the 
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nitrogen pool at precisely these vulnerable periods in spring and fall. The barren-ground periods 
before crop canopies develop and the time after harvest are also periods of substantial rainfall in 
many temperate climates. This rainfall provides the recharge water to leach nitrate. 

Denitrification is the dominant process that can reduce nitrate in saturated materials beneath 
agricultural systems. This microbially mediated process occurs most readily above 10° C 
(Firestone, 1982) and generally requires both reduced oxygen levels (Meisinger and Randall, 
1991) and readily available carbon (Parkin, 1987) or other electron donors. Denitrification is an 
active process in saturated soils with organic carbon and microbial activity that consume 
dissolved oxygen (Meisinger and Randall, 1991). Rates vary widely in aquifers because many 
good aquifers have large hydraulic conductivities which often preclude the presence of carbon 
sources for the depletion of oxygen or support of denitrification. Examples in unconsoHdated 
sand aquifers have shown that denitrification is more likely to reduce nitrate concentrations with 
increased depth (Komor and Anderson, 1993) and remove as much as 50% of the nitrate leached 
below the root zone (Puckett et al. , 1999). However, the latter study showed that the aquifer 
received about three times as much nitrogen as would be expected under background conditions. 

Corn, soybeans, hogs 
Poultry 
Dairy 
Cattle & grains 
Tobacco 

Figure 3. Agricultural systems in the conterminous United States (modified fi"om Sommer 
andHines, 1991). 

An analysis of nitrate behavior in shallow groundwater of southeastern United States (Nolan, 
1999) reported inverse relations between nitrate concentrations and dissolved oxygen on one hand 



129 

and dissolved organic carbon, iron, manganese, and ammonia in groundwater on the other. In 
contrast, denitrification does not occur throughout southeastern United States aquifers as evident 
by low nitrate concentrations with higher concentrations of dissolved oxygen, some of which 
were in karst areas. Yusop et al, (1984) showed that denitrification was not a prominent process 
affecting water quality beneath sandy materials in Belgium. Substantial differences in subsurface 
denitrification rates were related to slope position in aeolian deposits (Geyer et al., 1992). 

2.2 Specific vulnerability in the United States 
A convenient way of defining specific vulnerability to agricultural nitrogen sources and 
management is to use clusters of relatively homogeneous agricultural systems (Fig. 3). The 
diverse agricultural systems in the U.S. were classified using cluster analysis (Sommer and 
Hines, 1991). The analysis included 19 farm enterprise variables, five resource variables, and 
three farm-nonfarm interaction variables. The analysis measured differences among counties 
across all 27 variables, grouped counties with the greatest similarities, and produced 12 
clusters of U.S. agricultural systems that have analogs on other continents. A further 

^ Q Q ^ generalization of these 
clusters to a total of 
nine agricultural 
systems was made by 
combining clusters of 
"part-time cattle" and 
"sheep, cattle, and 
other livestock" into a 
general "livestock" 
category. "Fruit, other 
crops, and vegetables" 
and "nursery products" 
were placed in a 
horticulture category. 
The resulting pattern 
of systems for the U.S. 
is illustrated in Figure 
3. These clusters also 
make a convenient 
framework in which 
groundwater 
measurements can be 
summarized and 
related to relatively 
homogeneous 
agricultural systems. 
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Figure 4. Sources of nitrogen in agricultural systems of the 
conterminous United States during 1997. 
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The geographic distribution of imported nitrogen sources for 1997, the latest Census of 
Agriculture year, was summarized by agricultural systems as shown in Figure 4. Inorganic 
fertilizer estimates were provided by David Lorenz, U.S. Geological Survey (written 
communication) and are estimated sales of all forms of fertilizer by county. Manure data were 
estimated using data on livestock numbers from the Census of Agriculture (U.S. Department of 
Commerce, 1997) and general estimates of the nitrogen content of manure (Lander et al., 1998) 
from each class of animals. Both inorganic fertilizer and manure estimates were normalized by 
county area and counties were aggregated by agricultural systems mapped in Figure 3. A recent 
analysis of the groundwater risk of nitrate contamination (Nolan et al, 1997) used fertilizer, 
manure, and wet atmospheric deposition of nitrogen to define risk groups. This analysis of 
shallow (<30 m) wells showed that counties with well drained soils and sources of nitrogen larger 
than 21 kg/ha had a significantly larger concentration of nitrate and frequency of concentrations 
exceeding 10 mg/L than counties with less than 21 kg/ha nitrogen sources. When manure and 
fertilizer nitrogen are aggregated into agricultural systems (Fig. 4), only two systems had median 
values that exceed the high risk criteria used by Nolan et al, (1997); com, soybeans, and hogs 
(59.7 kg/ha); and cattle and grains (24.41 kg/ha). However, cotton (20.6 kg/Tia) and dairy (19.5 
kg/ha) had median values close to this threshold. 

2.3 Agricultural management factors contributing to specific vulnerability 
The presence of cropland may be a good indicator of groundwater vulnerability to nitrate 
contamination. Cropland management incorporates imported nitrogen sources and the 
agricultural practices that mobilize nitrogen in soil-organic matter during critical periods with 
reduced plant cover. Row-crop agricultural systems constitute the largest and most extensively 
managed land-use in the U.S. More than 177 million ha in the 48 contiguous states are used for 
crops (U.S. Department of Commerce, 1997) such as com, cotton, soybeans, and wheat. 
Similarly, large fractions of other continents are used to produce major row crops. Keeney (1986) 
states that these systems provide vast areas of nonpoint sources of nitrogen. In addition to the 
extemal nitrogen inputs needed to sustain row-crop production, tillage and other management 
activities promote the mineralization of soil organic matter and crop residue into nitrate providing 
an in situ source (Schepers and Mosier, 1991). These crops are generally managed by various 
types of soil tillage and weed control that leave the land bare of vegetation for extended periods 
during the year. In many climates, this bare period coincides with substantial rainfall or snow 
melt that can enhance leaching of nitrate to groundwater. The bare-ground periods immediately 
before plant emergence and after harvest coincide with periods of no crop uptake. However, 
active microbial communities continue converting organic matter to nitrate during warms parts of 
these periods. Where climate and soil conditions allow multiple crops, leaching potential is not 
likely reduced if the imported nitrogen exceeds the demands of these additional crops. 

Irrigation can contribute substantially to groundwater contamination because it increases the 
potential for recharge and nitrate leaching. U.S. counties (Fig. 5) where more than 50 % of the 
cropland is irrigated are concentrated in several areas that are vulnerable to nitrate contamination. 
Larger concentrations of nitrate and greater frequency of excess nitrate occur in groundwater in 
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these areas than in areas without 
irrigation (Waddell et al, 2000; 
Bhatt, 1997; Spalding and 
Exner, 1993; Hamilton and 
Helsel, 1995; and Eckhoff and 
Bergman, 1995). Irrigation using 
groundwater is most practical in 
areas where aquifers are very 
near the land surface. The 
additional recharge afforded by 
irrigation in excess of crop needs 
facilitates leaching of nitrate to 
groundwater. In some irrigation 
systems, leaching is intentionally 
encouraged to remove soluble 
salts imported with irrigation 

waters (Power and Schepers, 1989). Other irrigated systems are located where permeable soils 
require frequent application of nutrients because of the high rates of leaching. Consequently, 
irrigation in many areas represents multiple contributions to vulnerability by providing both the 
water and additional nitrogen sources to increase leaching to groundwater. Irrigation is frequently 
used on crops with large N-fertilizer demand such as com, potatoes, and vegetables, further 
compounding the vulnerability of groundwater under irrigation. 

Figure 5. Counties in the conterminous United States 
in which at least 50% of the cropland is irrigated. 

Global examples of irrigation impacts on groundwater are sufficient to indicate that irrigation is 
a universal contributor to nitrate contamination. The distribution of irrigated cropland in regions 
of the world (Fig. 6) may indicate that Asia will be a region to experience its greatest impact. 

Unfortunately, few studies from Asia have been 
able to distinguish the impact of irrigation from 
those resulting from multiple cropping or large 
nitrogen sources. Several investigations have 
examined nitrate leaching under various 
agricultural systems in the Great Plains of North 
America. Hamilton and Helsel (1995) found 
median concentrations of nitrate in Nebraska 
under irrigated com to be slightly less than 10 
mg/L. Irrigation water that contains more than 20 
mg/L nitrate in this same region results in the 
addition of 60 kg/ha nitrogen under a common 
irrigation schedule (Power and Schepers, 1989). 
In South Dakota, 38 % of groundwater samples 
exceeded 10 mg/L nitrate under irrigated wheat 
and com (Bhatt, 1997). hi Montana, Eckhoff and 

Bergman (1995) found nitrate in excess of 5 mg/L to be common under irrigated safflower or 
sugar beets and more than 10 mg/L under irrigated small grains. Substantial nitrate leaching was 
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Figure 6. Percent of irrigated cropland in 
principal regions of the world. 
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also documented under irrigation where feedlot manure was the source of nitrogen in Canada 
(Chang and Entz, 1996). Groundwater beneath an irrigated horticultural crop system in Spain 
(Guimera, 1998) was found to contain as much as 160 mg/L NO's-N in a setting where irrigation 
withdrawals cause recirculation of nitrate-loaded water. Irrigated horticultural systems in Chile 
(Schalscha et al, 1979) were reported to produce concentrations of 20-35 mg/L nitrate in water 
below the root zone and 9 to 14 mg/L in shallow wells. Irrigated systems for a variety of cropping 
systems in India (Khurshid and Khan, 1982) commonly produced more than 10 mg/L nitrate in 
groundwater, and several areas commonly had in excess of 20 to as much as 500 mg/L nitrate. 

2.4 Intrinsic Susceptibility of Groundwater 
Three classes of shallow aquifers in the U.S. were mapped to show the extent of aquifers most 
susceptible to agricultural-nitrogen contamination. Some shallow aquifer classes that may have 
similar susceptibility to agricultural nitrogen such as non-carbonate fractured rocks could not be 
as consistently mapped with the confidence of these classes. Shallow aquifers have been 
identified as particularly susceptible because large-scale surface activities, such as agriculture, 
often occur immediately above recharge areas. The proximity of these shallow aquifers to the 
surface facilitates direct transport of contaminants from surface activities to groundwater. In 
many agricultural systems, these activities are carried out in soils that are the unsaturated 
materials immediately above the water table or the top of the groundwater flow system. Such 
close proximity is commonly associated with shallow carbonate, unconsolidated sand and gravel, 
and alluvial aquifers. 

I Alluvial 
] Carbonate 

MMM Unconsolidated 

Figure 7. Location of shallow aquifer types in the conterminous United States. 
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Carbonate Aquifers are bedrock aquifers most commonly formed in limestone, dolomite, and 
chalk. Karst features, such as solution-enlarged fractures, sink holes, and caves, form in these 
rocks at land surface and in the subsurface. Boundaries of this class of aquifers (Fig. 7) were 
adapted from carbonate-rock aquifers shown on the Principal Aquifers map of the United States 
(U.S. Geological Survey, 2000). Water levels in these aquifers may be deep, even though they 
are commonly unconfmed in the outcrop and subcrop areas shown. Where carbonate aquifers are 
near the land surface they are particularly susceptible to nitrate contamination because of the 
direct and effective recharge flow-paths from thin soil cover to and through the aquifers via 
solution features. Geographically diverse examples exist of nitrate contamination associated with 
a variety of agricultural systems operating over these aquifers. Foster et al. (1982) report some of 
the most severe nitrate contamination associated with arable land in an eastern England karst 
region. Nitrate-sensitive areas are also related to arable land over the Great Oolite aquifer of the 
United Kingdom (Evans et al., 1993). About 18% of the grazing and pasture in the Appalachian 
region of the U.S. is underlain by extensive carbonate aquifers where Boyer and Pasquarell 
(1996) found a strong relationship between nitrate concentration and agricultural land. 

Unconsolidated Sand and Gravel Aquifers are found in a variety of depositional environments 
such as glacial outwash, coastal plain sediments, and aeolian sands. The map of these aquifers 
(Fig. 7) includes the semi-consolidated and unconsolidated aquifers from the Principal Aquifers 
map of the U.S. National Atlas (U.S. Geological Survey, 2000). In the areas of the U.S. with 
continental glacial deposits the map was generated by calculating sand content from seive 
variables in STATSGO (U.S. Department of Agriculture, 1994). STATSGO map units in which 
the dominant soil contained more than 50 % sand were interpreted to overlie shallow 
unconsolidated aquifers. Frequent and high nitrate concentrations have been related to a variety 
of agricultural systems located over outwash aquifers. These systems include livestock and 
horticulture (Zebarth et al., 1998) and potatoes (Hill, 1982) in Canada; potatoes and com in 
North-central United States (Landon et al., 1995 and Prunty and Greenland, 1997); and seed com 
and horticulture in southern Michigan (Kehew et al., 1996). Nitrate contamination of coastal 
unconsolidated aquifers has been well documented along the entire eastern U.S. coastal plain 
(Weil et al., 1990, Craig and Weil, 1993, Lichtenberg and Shapiro, 1997, Reay et al., 1992, Tyson 
et al., 1995) as well as in similar aquifers in Spain (Guimera et al. 1995). Aeolian sands like the 
Nebraska Sand Hills, Quatemary sands of northern India (Kakar, 1981) and dune deposits in areas 
bordering the North Sea and northern Atlantic (Andersen and Kristiansen, 1984) are also 
classified as unconsolidated aquifers. Nitrate contamination appears to be less well documented 
in aeolian sands, perhaps because these sands form landscapes that are not conducive to 
substantial agricultural development. 

Alluvial Aquifers are generally unconfmed and consist of unconsolidated sand and gravel 
deposits interbedded with fmer-grained deposits. They are distinguished from other 
unconsolidated aquifers for this discussion because of their direct hydraulic connection to 
streams. This class of aquifers was mapped (Fig. 7) using flood frequency variables found in the 
STATSGO soils database similar to those mapped by Burkart et al. (1999). STATSGO map units 
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with dominant soils that were occasionally or frequently flooded were compiled to represent the 
location of alluvial aquifers. These aquifers are commonly found adjacent to and underlying 
rivers throughout the world. They often are limited to the flood plains of major rivers and may 
range from several hundred meters to several kilometers wide along a river. Because these 
aquifers are at or very near the land surface, they can provide a convenient and generally plentiftil 
quantity for water supplies. However, their proximity to the land surface, which is commonly flat 
in alluvial valleys, also exposes them to the potential for direct contamination resulting from 
overlying land use including agriculture. Alluvial aquifers and other shallow unconsolidated 
aquifers have been shown to be among the most vukierable to agrichemical contamination in the 
U.S. (Burkart and Kolpin, 1993). Other studies have shown com production to be directly related 
to excess nitrate (Schepers et al., 1991) in alluvial and terrace aquifers of the Great Plains of the 
U.S. Agricultural-nitrate contamination of similar aquifers has been reported on other continents 
including Africa (Adentunji, 1994), Europe (Pekny et al, 1989) and Asia (Kakar, 1981). 

2.5 An Example Linking Specific Vulnerability and Intrinsic Susceptibility Factors 
A number of vulnerability or risk classification systems based on overlays of land use and 
susceptibility characteristics have been developed for the United States. Kellogg et al. (1994) 
used agrichemical sources and soil characteristics to predict leaching potential. Nolan et al. 
(1997) used a combination of nitrogen loading, population density, soil drainage, and land use 

^ B Irrigated, high-permeability soils 
Irrigated, low-permeability soils 

• M l Not irrigated, high-permeability soils 
• H Not irrigated, low-permeability soils 

Figure 8. Distribution of irrigation and soil permeability in areas of the conterminous 
United States underlain by shallow aquifers. 
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to classify and map the risk of nitrate contamination of groundwater. The study by Nolan et al. 
(1997) included water quality data to verify that the areas with highest and lowest risks coincided 
with areas where nitrate concentrations and frequency of nitrate exceeding 10 mg/L were also 
highest and lowest. Burkart et al. (1999) proposed an overlay method to assess vulnerability as 
one of a variety of methods for characterizing groundwater vulnerability to agrichemical 
contamination. 

A geographical information system overlay was used as an example here to map areas with 
relative vulnerability to nitrate contamination of groundwater and define one context in which 
water-quality data can be aggregated. The vulnerability classification (Fig. 8) was generated by 
overlying maps of all three shallow aquifers (Fig. 7), areas dominated by soils with permeability 
greater than 64 mm/hr (high-permeability soils. Fig. 8), and counties with more than 50 % 
irrigated cropland (Fig. 5). The result is four vulnerability classes that utilize one specific 
vulnerability factor, irrigation, and two intrinsic susceptility factors, shallow aquifers and 
permeable soils. 

3. DISTRIBUTION OF GROUNDWATER NITROGEN IN SHALLOW AQUIFERS 
OF THE UNITED STATES 

Groundwater-quality analyses were aggregated to characterize the distribution of nitrate in 
agricultural systems and in four classificafions of aquifer vulnerability (Fig. 8). These data were 
assembled for a ground-water nutrient retrospective analysis as part of the U.S. Geological Survey 
NAWQA Program. The database contains historical analyses from more than 10,000 wells 
representing the groundwater quality in 20 NAWQA study areas and selected regional studies in 
the 48 conterminous states. These data resulted from a nationally consistent set of selection 
criteria that produced high quality data on both nitrate and ammonia concentrations. 

The analysis presented here included only wells with depths of 30 m or less. It is hypothesized 
that deeper wells generally yield older water that would be less likely to contain nitrate related to 
recent land use. This selection of shallow wells resulted in a data set of 3125 wells with nitrate 
analyses in 493 counties. An analysis of a similar subset of these data (Bernard T. Nolan, 
personal communication) determined that nitrate concentrations from wells deeper than 30 m 
were significantly smaller than that from shallow wells. These groundwater data were analyzed 
to determine if there were differences in the nitrate concentrations among the nine agricultural 
systems shown in Figure 3. The values for both nitrate and ammonia were each aggregated by 
agricultural system to define any significant differences in the central tendency of nitrate 
concentrafions among systems. Almost 14% of the total samples exceeded 10 mg/1 nitrate-N, the 
maximum contaminant level for public drinking water supplies in the United States. Almost 24% 
of the wells located within the agricultural system of com, soybeans, and hogs exceeded this 
standard (Fig. 9). Other systems in which this standard was exceeded by more than 10% include 
cattle and grains, poultry, small grains, dairy, and horticulture. Few ammonia concentrations 
were greater than 0.1 mg/L and differences among agricultural systems could not be readily 
distinguished. Consequently, only nitrate analyses are presented here. 
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Non-parametric statistics were used because 
nitrate concentrations were not assumed to be 
normally distributed. Results of a Kruskal-
Wallis test indicated there were significant 
differences among the nitrate concentrations 
associated with agricultural systems at the 
0.05 level. Figure 9 shows the distribution of 
nitrate concentrations among agricultural 
systems. Results of Tukeys multiple variable 
comparison test performed on the ranks of 
nitrate concentrations show that groundwater 
concentrations in three systems (cattle and 
grains; com, soybean and hogs; and small 
grains) were significantly larger than all other 
systems at the 0.05 level. Unfortunately, too 

few nitrate samples were available to evaluate either tobacco or cotton systems. However, nitrate 
concentrations among the cattle and grains system; com. soybean and hogs system; and small 
grains system were not significantly different. 
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Figure 9. Nitrate concentrations under 
agricultural systems in the United States 
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Nitrate concentrations were significantly larger 
(at the 0.05 level) in counties with greater than 
50% irrigated cropland than in non-irrigated 
counties when analyzed for all samples under all 
systems combined (Total on Fig. 10). This 
difference was defined using Tukeys multiple 
comparison test conducted on the ranks of nitrate 
concentration. This test also confirmed the 
significance of differences in nitrate 
concentrations between irrigated and non-
irrigated com, soybeans, and hogs system. The 
apparent differences between irrigated and non-
irrigated small grain systems (Fig. 10) were not 
statistically significant due to the very small 
number of samples from irrigated areas. No 
samples of irrigation associated with dairy or 
tobacco systems were available and too few 
from poultry or cotton to compare. Two other 
regional studies that found significant differences between irrigated and non-irrigated agriculture 
in the United States (Kolpin, 1997 and Power and Schepers, 1989) were coincidentally 
concentrated in the com, soybean, and hogs system. 

Figure 10. Nitrate concentrations in irrigated 
and non-irrigated agricultural systems in the 
United States. Classes with different letters 
(A,B) are significantly different at the 0.05 
level. 
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Figure 11. Nitrate concentrations 
grouped by shallow aquifer types. 

Nitrate concentrations were analyzed to show 
variations among samples drawn from 
shallow aquifer types; unconsolidated, 
alluvial, and carbonate (Fig. 11). There were 
significant differences among nitrate 
concentrations from the three aquifer types at 
the 0.05 level using Tukey's multiple variable 
comparison performed on nitrate ranks. 
Unconsolidated aquifers were found to have 
the largest nitrate concentrations followed by 
alluvial aquifers and carbonate aquifers (Fig. 
11). Carbonate aquifers, when close to the 
land surface, can be directly connected to the 
surface through karst features such as 
enlarged fracture systems and sink holes that 
provide direct recharge paths not available in 

the other types of aquifers. However, although generally thin, the soils, colluvium, and glacial 
deposits that overlie these aquifers may provide a sufficient barrier to nitrate leaching to protect 
many carbonate aquifers. Unconsolidated and alluvial aquifers are both composed of sand and 
gravel, but may differ in the nature and thickness of overlying materials. The significantly larger 
nitrate concentrations found in unconsolidated aquifers may result from the overlying soils being 
developed directly in the sand and/or gravel. Alluvial aquifers, on the other hand, can be buried 

under varying thicknesses of fine-grained 
flood-plain deposits that are less permeable 
than sand, contain substantial organic matter 
fractions, and have low dissolved oxygen, 
typical of groundwater discharge areas. 
These differences in overlying materials or 
terrain and related flow systems are 
sufficient to reflect significant differences in 
the nitrate concentrations. 
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Analysis of the four vulnerability classes 
(Fig. 8) shows the cumulative effects of soil 
permeability and irrigation on the 
distribution of nitrate concentrations in 
shallow aquifers (Fig. 12). It was 
hypothesized that vulnerability to nitrate 
contamination increased when shallov/ 
aquifers were overlain by soils with 

permeability exceeding 64 mm/hr. It was further hypothesized that irrigation provided an 
increase in the potential for nitrate contamination. Four vulnerability classes were defined using 

Figure 12. Nitrate concentrations grouped 
by aquifer vulnerability classes. 
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permutations of irrigation intensity and presence or absence of high-permeability soils. There 
were significant differences among samples from all four vulnerability classes at 0.05 level using 
Tukeys multiple variable comparison applied to ranks of nitrate concentration. Shallow aquifers 
in highly irrigated areas yielded significantly larger nitrate concentrations than those in non-
irrigated areas regardless of overlying soil permeable (> 64 mm/hr). Since nitrate concentrations 
in non-irrigated areas with low-permeability soils were significantly larger than in areas with 
permeable soils is not intuitive. This apparent conflict with the hypothesis that permeable soils 
are more susceptible to contamination may result from influence of other factors, particularly the 
combination of agricultural systems associated with irrigation and less permeable soils. 

4. CONCLUSIONS 

This chapter focused on processes by which aquifers can be affected by nitrogen derived from 
agricultural systems. The primary form of nitrogen of concern for drinking water, nitrate, is 
costly to remove in water treatment. Many major aquifers used for urban drinking water are 
buried deep beneath large population centers. These aquifers are geographically removed from 
recharge areas near agricultural systems. However, shallow aquifers in urban areas may be 
contaminated by atmospheric and turf fertilizer sources of nitrogen. Groundwater sources for 
large municipal water supplies can be and often are blended with several sources allowing 
dilution of any nitrate contamination. Most rural drinking-water supplies, however, are served 
through individual or a limited number of wells that are usually completed in shallow aquifers. 
These shallow aquifers are commonly recharged beneath agricultural activities. Limited research 
results have shown that once a shallow aquifer has been contaminated by nitrate, it may take 
decades for the groundwater quality to improve even after pollution controls have been 
implemented. Few programs exist that routinely monitor private groundwater systems for 
contamination from agricultural nitrogen. This makes it difficult for well owners to know trends 
in nitrate contamination of their aquifer over time. Consequently, local and regional 
understanding about vulnerable aquifers beneath certain agricultural systems becomes critical 
information for preventive and effective protection of water supplies, particularly in rural settings. 

Two lines of evidence support several factors that contribute to groundwater vulnerability to 
nitrate contamination in agricultural settings. Research from several regions of the world 
provides a collection of spatially anecdotal information to hypothesize globally applicable 
hydrologic and agricultural factors contributing to groundwater vulnerability. Preliminary 
analysis of a United States data set compiled by the U.S. Geological Survey NAWQA Program 
from a variety of sources confirms these hypotheses for most agricultural systems. 

Shallow unconfined aquifers have been most susceptible to nitrate contamination associated with 
agricultural systems. Unconsolidated aquifers and alluvial aquifers are more vulnerable, although 
shallow carbonate aquifers provide a smaller but substantial contamination risk. In areas 
dominated by irrigation, shallow aquifers are more vulnerable to nitrate contamination than areas 
without irrigation. The presence of permeable soils over shallow aquifers compounds the risk of 
contamination in irrigated areas. 
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Three agricultural systems (cattle and grains; com, soybean and hogs; and small grains) 
produced significantly larger concentrations of groundwater nitrate than other agricultural 
systems. However, significant differences of nitrate concentrations among these three systems 
could not be confirmed. Irrigation, particularly in com, soybean, and hogs systems was found to 
have consistently larger groundwater-nitrate concentrations in the United States data as well as in 
studies from outside this country. 

Varying time lags exist in shallow groundwater responses to changes in agricultural inputs at the 
surface. If trends in increased fertilizer use and groundwater nitrate in the United States are 
repeated in other regions of the world, Asia may experience increasing problems because of 
recent and substantial increases in fertilizer use in that region. Both American continents also 
continue to increase their use of inorganic nitrogen fertilizer, albeit at rates less than those seen 
prior to the 1980s and those presently seen in Asia. Scientists and policymakers should be 
interested in leaming if there will be a reduction in the trend of increasing concentrations of 
nitrate in groundwater where fertilizer inputs have been reduced. The most rapid responses may 
be seen in areas with extensive macropore flow where land-use changes may produce the earliest 
changes in groundwater quality. It will be particularly interesting to monitor changes in 
groundwater nitrate in both Western and Eastem Europe as well as in the former USSR where 
fertilizer use overall has dropped since the early 1990s. Groundwater nitrate measurements in 
these regions may provide tests of hypotheses that reduced nitrate contamination will follow 
reduced inorganic fertilizer inputs. Fertilizer-use trends may be useful to estimate long-term 
changes in nitrogen contamination of groundwater throughout the world. Use of these trends to 
strategically locate long-term monitoring will help answer questions about whether and when 
proportional changes in concentrations of nitrate will follow these changes in fertilizer. 

If the trend in concentrated livestock production seen in the United States is global, there may be 
an accompanying trend of increasing nitrogen contamination locally in groundwater. 
Concentrated livestock operations provide both point sources of nitrogen in the immediate area of 
the confinement as well as larger areas of intense non-point sources as fields close to facilities 
become used for manure disposal. 

A major contributor to groundwater vulnerability is the distribution of irrigated cropland. 
Regions were this practice expands, such as in Asia, may experience its greatest impact. More 
data and research will be needed in Asia to determine if pattems of water quality degradation in 
irrigated areas is repeated in this region. 
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A recent report to Congress concerning water quality in the U.S. indicated that 35, 45, and 
44% of the assessed rivers and streams, lakes, and estuaries, respectively, were impaired by 
one or more pollutants (U.S. Environmental Protection Agency, 1999). Nutrients, primarily 
nitrogen (N) and phosphorus (P), contributed to the impairment of 30% or 135,000 km of the 
nation's impaired rivers and streams, 44% of the impaired lakes, and 23%) of the impaired 
estuaries. Excessive nutrient loads are implicated in the eutrophication of lakes and reservoirs 
in the United States and coastal ecosystems where N is most limiting to primary productivity 
(Vitousek et al., 1997; Carpenter et al., 1998). Efforts are currently underway to establish 
Total Maximum Daily Load (TMDL) values for pollutants, including nutrients, of impaired 
water bodies as described under Section 303(d) of the Clean Water Act of 1972. 

The movement of N in the terrestrial environment is intimately related to the movement of 
water. Water in the form of precipitation, flowing across the soil surface as runoff, and 
percolating through soil layers to ground water can all be significant carriers of organic and 
inorganic N constituents. The relative importance of these transport mechanisms is a complex 
function of N sources and transformations, hydrologic processes, climate patterns, and land 
use. While some elements of the N cycle can be studied in the laboratory under controlled 
experimental conditions, many can be studied in a meaningful way only in the natural and 
culturally affected environments of watersheds. By considering N transport over a range of 
spatial and temporal scales, it is possible to improve our understanding of the factors affecting 
the fate of N in watersheds, including the effects of land use and N sources (point, nonpoint, 
agricultural, urban, organic, and inorganic), N transformations (mineralization, nitrification, 
denitrification, and immobilization), and transport mechanisms (runoff, percolation to ground 
water, and ground water transport). Knowledge of the variability in N transport in relation to 
these factors is critical to developing and implementing effective strategies for mitigating 
unacceptably high N inputs to receiving waters. 

The strengths of watershed-scale evaluations include easily definable hydrologic 
boundaries, identification of N sources with respect to water flow patterns, and a convenient, 
integral measure of water-quality response at a single point (the basin outlet). The objective 
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of this chapter is to synthesize current understanding of the major processes and controls 
affecting N transport in watersheds. The scope is limited to technical issues of flow and 
chemistry of fixed (i.e., biologically reactive) organic and inorganic N forms in watersheds. 
We begin with a background discussion of watershed hydrology (Section 1) and the effects of 
N on ecosystems and human health (Section 2). We then describe the major sources of 
reactive N to watersheds (Section 3), and summarize the principal terrestrial and aquatic 
processes affecting N transport (Section 4). Section 5 illustrates the effects of various natural 
and cultural properties of watersheds on the yield of N in surface waters (N yield is defined as 
the N mass observed at the outlet of a watershed expressed per unit of drainage area). We 
conclude with a discussion of the results of empirical modeling methods that have been used 
to separate the effects of N supply and loss processes and estimate the fate of N sources in 
watersheds. 

1. WATERSHED HYDROLOGY 

A watershed (catchment or drainage basin) is an area of land where all of the precipitation 
that falls, less the water lost to evaporation and deep aquifer recharge, eventually flows to a 
single outlet. A watershed encompasses both surface and subsurface components of water 
drainage that contribute to stream discharge. On a global perspective, watersheds vary 
dramatically in physical features including area, shape, drainage pattern, aspect, orientation, 
and elevation (Schumm, 1977; Black, 1996). Geomorphic features of watersheds reflect the 
geologic formations and soils present and the erosive forces that have reshaped these 
materials. In regions with low relief and homogenous surficial materials such as areas of the 
Midwestern U.S., watersheds are often pear-shaped with a dendritic drainage pattern, as there 
is little difference in resistance to erosion to influence the headward cutting of stream 
channels (Black, 1996). Other, less random drainage patterns are the direct result of the 
varying erodibility of soil and rock. Structural differences in underlying formations can 
create well-defined, regular patterns as the channels develop following the path of least 
resistance to erosion. Slope aspect and watershed orientation (general direction of main 
stream channel) become important at higher altitudes and latitudes and especially with regard 
to snow hydrology. In the Northern Hemisphere, snowmelt will occur later on slopes with a 
north aspect in steep, east-west oriented watersheds as compared to slopes with a south 
aspect. Streamflow during snowmelt in watersheds that have a northern orientation may also 
be impeded by unmelted ice downstream. 

Several numerical parameters have been used to describe the physical characteristics of 
watersheds. These include stream order, drainage density, and area and shape relations 
(Schumm, 1977; Linsley et al., 1982; Moseley and McKerchar, 1993). A classification of 
stream order was first proposed by Horton (1945) to describe the amount of branching within 
a basin. A first-order stream is small with no tributaries, a second-order stream has only first-
order tributaries, and a third-order stream has tributaries of first- and second-order, etc. The 
order of a watershed is determined by the order of its principal stream. Drainage density 
refers to the total length of streams divided by the drainage area. A highly dissected basin 
will have a high drainage density and stream discharge that responds more quickly to 
precipitation events than less-dissected basins. A low drainage density may indicate erosion-
resistant or highly permeable soils and low relief Several area and shape relationships have 
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been developed to create scales with which to compare watershed shapes with each other and 
with known shapes such as a circle or ellipse. Generally, ratios of basin parameters such as 
channel length, basin area, perimeter, and relief are calculated to provide indices, which are 
often dimensionless numbers, to allow relative comparison between watersheds. The 
numerical parameters used to describe the physical features of watersheds are in turn 
correlated with storm runoff, as measured by stormflow hydrographs. Functional 
relationships have been developed between runoff characteristics (e.g. time to initiation of 
runoff, time to peak flow, discharge at peak flow, total runoff volume, and time to recession) 
and storm characteristics and physical watershed features (Moseley and McKerchar, 1993). 

Streamflow or discharge is a composite of surface (overland flow) and subsurface 
(baseflow) contributions. On the surface, flow follows the topography, from high elevations 
to lower elevations along interconnected pathways that provide the steepest gradient down. In 
the subsurface, discharge to the surface may be concentrated at permeability contrasts such as 
soil and rock interfaces and through preferential flow paths such as macropores, worm and 
root channels, bedding planes, fractures, and caves. In the subsurface as on the surface, 
ground water flow is driven by hydraulic gradients and the favored pathways are those that 
provide the least resistance to flow. Along all pathways, chemical interaction may occur 
between the water and solid, liquid, and gas components present in the water. The nature and 
extent of such interactions depend on the specific biogeochemical environment and residence 
time. Hydrologic and geochemical processes are rarely uniform over the area of a watershed. 
This is evidenced by numerous investigations of such features as variable source areas of 
runoff (Anderson and Burt, 1978; Bemier, 1985), riparian-zone processes (Hill, 1996; Cirmo 
and McDonnell, 1997; Devito et al., 2000), and karst hydrogeology (LeGrand and Stringfield, 
1973; White, 1988). Riparian and karst settings are also notable in that they include frequent 
and significant interaction between surface and subsurface water, often with important 
implications for N transport. 

2. NITROGEN IMPACTS ON WATER QUALITY 

Three well-documented water-quality concerns are related to loadings of N to surface and 
ground waters. The presence of high levels of nitrate (NO3) in drinking water has been linked 
to two different human-health concerns. The risk of methemoglobinemia in infants due to 
ingestion of high NO3 drinking water is well understood and recognized. An increased 
incidence of stomach cancer and non-Hodgkin's lymphoma due to NO3 intake is less certain 
(U.S. Environmental Protection Agency, 1976; Heathwaite et al., 1993). Nonetheless, a 
drinking water standard of 10 mg L'̂  for NO3-N, as established by the U.S. Environmental 
Protection Agency, is now widely accepted. 

A second area of concern is the toxic effect of ammonia (NH3) on freshwater aquatic life 
(U.S. Environmental Protection Agency, 1976). It has been known since the early 1900's that 
NH3 is toxic to fish and that this effect varies with water pH and temperature. A 
concentration of 0.02 mg L'̂  as un-ionized NH3 is the current standard for NH3 in freshwater 
for the U.S.. 

The third and perhaps most significant water quality concern with respect to N is the 
overenrichment or eutrophication of surface waters. Eutrophication and its attendant 
problems of algal blooms, subsequent low dissolved-oxygen concentrations, and fish kills has 
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been described in an extensive body of literature. Overabundance of P is the most common 
cause of eutrophication in fresh waters, although exceptions are known (Hecky and Kilham, 
1988; Correll, 1998). In coastal marine waters, either N or P and possibly other nutrients, 
such as silicon, may be limiting, whereas in the open ocean, N is generally considered the key 
nutrient controlling primary production (Correll, 1998; Burkart and James, 1999; Council for 
Agricultural Science and Technology, 1999). Overenrichment of N has been implicated in the 
development of anoxic and hypoxic zones in shallow coastal waters in Europe, North 
America, and Asia. Excessive phytoplankton production in these areas leads to oxygen 
depletion when the organic residues decompose, often with devastating effects on local 
fisheries. 

3. NITROGEN SOURCES TO WATERSHEDS 

The inputs of biologically available forms of N to terrestrial and aquatic freshwater 
ecosystems have increased globally by more than a factor of two over the past two centuries 
as cultural activities that fix N have rapidly expanded. Nitrogen fixation refers to the 
conversion of dinitrogen gas (N2) to NH3 either naturally via N-fixing plants (legumes), or 
through cultural processes such as the manufacture of N fertilizer and combustion of fossil 
ftiels. Fertilizer application, cultivafion of leguminous crops, and fossil-fiiel combustion, 
represent 57, 29, and 14% of the culturally derived N, respectively (Galloway et al., 1995; 
Vitousek et al., 1997). Cultural inputs are unevenly distributed around the world, with the 
highest concentrations in areas of intensive agriculture and industrial processing (Matthews, 
1994). The largest increases have occurred in the latter half of the 20**̂  century as the 
industrial production of N for use as fertilizer increased many fold. More than 50% of all the 
industrially fixed N applied as fertilizer through 1990 was used during the decade of 1980-90 
(Vitousek et al., 1997). In the United States, fertilizer use has increased by a factor of about 
12 since the 1950s, with much of the increase occurring prior to 1980 (Goolsby et al., 1999). 
Natural sources of N, principally biological fixation by non-cultivated leguminous plants and 
lightning fixation, represent 64 to 93% (90 to 140 teragrams N) of the total culturally fixed N 
at the global scale (Galloway et al., 1995; Vitousek et al., 1997), but vary geographically with 
vegetation and land use. Natural sources of N are typically small (< 10%) in relation to 
cultural sources in many developed regions of the world, such as in the United States (Jordan 
and Weller, 1996). 

The agricultural food chain is the principal pathway for culturally derived N to enter the 
terrestrial and aquatic ecosystems of developed watersheds. More than 90% of the culturally 
derived N in the United States enters croplands and pastures through fertilizer application, 
crop fixation, and atmospheric deposition on agricultural lands (Jordan and Weller, 1996). 
Nearly 50%) of the N applied in fertilizer is recycled in food and feed products (Keeney, 1982; 
Howarth et al., 1996) that are consumed by livestock and humans. Livestock consume the 
vast majority of the N in harvested crops and forages, most of which is excreted in feces and 
urine. From 10-40%) of the N in animal manures is volatilized (Terman, 1979), and much of 
that subsequently enters nearby watersheds in NH3 deposition from the atmosphere (Howarth 
et al., 1996). Manure that is applied to cultivated or pasture lands enters watersheds in 
organic-N, NO3-N, or NH3-N, (Haynes and Williams, 1993; Jordan and Weller, 1996; 
Kellogg et al., 2000). Less than 15%) of the N consumed by livestock is subsequently ingested 
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by humans in meat, eggs, and milk (Jordan and Weller, 1996). Much of the N in human 
wastes is recycled into the hydrosphere through on-site septic systems or is discharged to 
streams and rivers in the effluent of wastewater treatment plants. 

In addition to animal manures and human wastes, which largely involve the terrestrial 
recycling of culturally derived N, mineralized organic N (i.e. N that is biologically converted 
from organic to inorganic forms) in soil is potentially an important recycled N source to 
watersheds and aquatic ecosystems (Burkart and James, 1999; Goolsby et al., 1999). Organic 
N deposits in soils reflect the recent and long-term accumulation of N from fertilizers and 
biologically fixed N, immobilized by soil microbes and plant residues. Although N 
mineralization occurs naturally, cultivation may initially expose the soil to much higher rates 
of mineralization that are equivalent to or even greater than annual N-fertilizer application 
rates (Burkart and James, 1999). On lands that have been cultivated over extended periods, 
the mineralization of N in soil organic matter may approach equilibrium with agricultural 
inputs (Paul et al., 1997). 

Figure 1. Water-resources regions of the conterminous United States. [Modified from Seaber 
etal.(1987).] 

Despite the extensive terrestrial cycling of N in soils, vegetation, livestock, and humans, 
estimates of N transfers and the net releases of N to watersheds by major cultural activities 
have been the focus of intensive research and are now known for many areas of the United 
States (Howarth et al, 1996; Jordan and Weller, 1996; Burkart and James, 1999; Goolsby et 
al, 1999; U.S. Environmental Protection Agency, 1999; Kellogg et al, 2000). Estimates of N 
transfers often require assuming average values for N concentrations in organic materials and 
rate constants for N transformations, the use of state or county level census data, and 
extrapolation from field-scale measurements. Recent estimates of cultural inputs of fixed N 
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to major regional watersheds of the United States (Jordan and Weller, 1996; Figure 1) are 
presented in Table 1. Table 1 separately reports "newly" fixed N inputs, reflecting in situ 
fixation by crops and the initial terrestrial application of N (fertilizer and NO3 deposition in 
precipitation), and the releases of previously fixed (terrestrially recycled) N in livestock 
manure and human wastes. Also reported are estimates of net food and feed transfers by 
region, which are included in the releases of recycled N in livestock manure and human 
wastes. Fertilizer typically contributes about 50% of the "newly" fixed N inputs in the 
watersheds (sum of fertilizer, crop fixation, and deposition) with the highest contributions in 
the highly agricultural California region and lowest in the highly populated Northeast region. 
Crop fixation accounts for a third or more of the total inputs of newly fixed N, with some of 
the highest contributions occurring in the Northeast, Upper Mississippi, and Missouri. 

Table 1. Cultural inputs of newly fixed and recycled N and net imports of food and feed N in 
major water-resource regions of the conterminous United States. [Modified from Jordan and 
Weller (1996). Municipal and industrial inputs of N from Giannesi and Peskin, (1984); 
livestock manure N from Puckett et al. (1998).] 

Region 

Northeast 
Southeast 

Atlantic-
Gulf 

Great Lakes 
Ohio-TN 
Upper 

Miss. 
Lower 

Miss. 
Souris-Red 

Rainy 
Missouri 
Ark-Red 
Texas-Gulf-

Rio 
Grande 

Colorado 
Great Basin 
Pacific NW 
California 

Total 
Area 

(10^ ha) 

42~~ 
68 

30 
52 
48 

25 

15 

130 
64 
80 

65 
36 
70 
41 

Fixation 
by Agr. 
Biota 

8.3 
5.8 

15 
15 
27 

13 

11 

12 
7.4 
3.3 

1.6 
2.4 
3.8 
3.4 

Newly Fixed Nitrogen 

Fertilizer 

6̂ 0 
13 

18 
20 
40 

19 

23 

13 
12 
7.4 

1.6 
0.9 
6.4 

12 

Nitrate 
Deposi-

tion 
6.8 
5.0 

6.8 
5.8 
5.4 

5.4 

1.8 

2.8 
2.8 
2.8 

1.4 
0.9 
1.4 
1.4 

Nitrogen (kg ha" 

Total 
Fixed N 

~2\ 
24 

40 
41 
72 

37 

36 

28 
22 
14 

4.6 
4.2 

12 
17 

Food/ 
Feed 

Imports 
10 
5.2 

-7.2 
-11 
-37 

-13 

-19 

-10 
-0.7 
1.1 

0.5 
0.5 

-1.6 
3.5 

V") 

Total 
Net 

Inputs 
31 
29 

33 
30 
35 

24 

17 

18 
21 
15 

5.1 
4.7 

10 
21 

Recycled Nitrogen Releases to 
Land and Water 

Point Sources 
Indust. 

1.3 
0.2 

0.7 
1.9 
0.2 

1.1 

<0.1 

<0.1 
0.1 
0.3 

<0.1 
<0.1 

0.1 
0.2 

Munic. 

7.7 
1.2 

3.0 
2.3 
1.3 

1.2 

0.2 

0.3 
0.3 
1.3 

0.2 
0.1 
0.4 
2.2 

Live-
stock 

Manure 
12.0 
7.4 

5.7 
19.6 
18.0 

3.1 

2.6 

8.6 
10.6 
9.3 

2.8 
1.3 
3.1 
6.0 

Atmospheric deposition of NO3 is much lower than agricultural inputs, typically 
contributing from 10 to about 20% of the total inputs in most regions. The highest 
atmospheric contributions (32%) are found in the Northeast region, where deposition rates are 
high and fertilizer inputs are among the lowest. The inclusion of additional oxidized N 
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compounds (NOy, including wet and dry deposition) could be expected to increase the 
estimates of deposition inputs in Table 1 by as much as a factor of 2 (Howarth et al, 1996). 
Approximately 20% of the total inputs of culturally derived N are transported in agricultural 
products nationwide in food and feed imports (Table 1). In most regions, exports of N in 
agricultural products nearly balance the imports of N in these products. The major exceptions 
include the Northeast, where imports represent nearly 50% of the newly fixed N inputs, and 
the Upper Mississippi region, where 51% of the newly fixed N inputs are transported to other 
regions of the country. The large imports of food and feed in the Northeast can account for 
the unusually large N releases in livestock manures and municipal/industrial wastes in this 
region. Nitrogen inputs from municipal and industrial wastes are also relatively high in the 
Great Lakes, Ohio-Tennessee, and California regions. The Ohio-Tennessee, Arkansas-Red-
White, Texas, and Colorado regions show the largest releases of N in livestock manures in 
comparison to the newly fixed N input to these regions. 

4. NITROGEN CYCLING AND LOSSES IN TERRESTRIAL AND AQUATIC 
ECOSYSTEMS 

Biologically available forms of N are highly mobile in the environment, and are subject to 
extensive biogeochemical cycling in terrestrial and aquatic ecosystems (Vitousek et al., 1997). 
Nitrogen cycling in terrestrial and aquatic ecosystems involves an intricate array of 
biogeochemical processes that can vary spatially and temporally in the environment in both 
rate and direction. Individual processes and the entire N cycle for selected systems have been 
the subject of numerous studies, many of which have been summarized in comprehensive 
review articles and monographs including Keeney (1973 and 1983), Stevenson (1982 and 
1994), Floate (1987), Russelle (1992), Powlson (1993), and Vitousek et al. (1997). 
Discussion here will be limited to a brief description of principal N transformations affecting 
N transport from watersheds. 

Immobilization is the assimilation of inorganic N by plants and microorganisms to form 
organic N compounds whereas mineralization is the decomposition of organic N to 
ammonium (NH4). Nitrification is the microbial oxidation of NH4 to nitrite (NO2) and NO3 
whereas, conversely, denitrification is the reduction of NO3 to NO2, nitrous oxide (N2O), and 
dinitrogen gas (N2). Nitrification is important from an N transport perspective in that it 
involves the transformation of a relatively immobile species (NH4) to a highly mobile one 
(NO3). Lastly, N fixation is the conversion of N2 to NH3, either naturally via N-fixing plants 
(legumes), or through cultural processes via the manufacture of N fertilizer. 

Nitrogen cycling dynamics and pathways differ within and between terrestrial, freshwater, 
and marine ecosystems. Nonetheless, some similarities persist and often dominate N 
dynamics in the environment. Since most agriculturally productive soil environments have 
extended periods of aerobic conditions, mineralization of organic N to form NH4 is generally 
followed by nitrification. Thus, in many terrestrial settings with significant N present, N as 
NO3 is commonly found at relatively high concentrations even though it is also the form of N 
preferred for uptake by many plants. Since NO3 is also highly mobile in the hydrosphere, it is 
often the dominant form of N in freshwater systems. Denitrification of NO3 occurs under 
anaerobic conditions such as are found in flooded soils, riparian areas, and in the sediment of 



154 

streams, lakes, and reservoirs. From a watershed perspective, the dominant processes of the 
N cycle vary not only by location, but also seasonally at the same location. 

Nitrogen from natural and cultural sources is removed from runoff and subsurface flows 
in the terrestrial and aquatic ecosystems of watersheds by many biogeochemical processes. 
Denitrification permanently removes N from watersheds by converting N to less reactive 
gaseous forms (NO, N2O, or N2) that escape to the atmosphere. Other means of N removal in 
watersheds, including the uptake of N by vegetation, burial of organic matter on the 
landscape, and storage of N on floodplains and in reservoirs and ground water, represent 
temporary storage sites for N over time scales ranging from fractions of a day to decades. 
Over long periods, these storage sites are likely to gradually release un-denitrified N to 
streams and rivers. Variability in the reported quantities of N removed in watersheds may in 
part reflect variations in the temporal and spatial scales over which these loss processes 
operate in both terrestrial and aquatic ecosystems (Seitzinger, 1988; Correll et al., 1992; Hill, 
1996; Harvey and Wagner, 2000). However, most multi-year studies report the loss of large 
fractions of the N inputs to watersheds for a range of spatial scales, based on comparisons of 
inputs with the N yields from watersheds in streams and rivers (Galloway et al., 1995; 
Puckett, 1995; Howarth et al., 1996; Jordan and Weller, 1996; Vitousek et al., 1997; Goolsby 
et al., 1999). In large North American and European watersheds (basin sizes from 340,000 to 
3.2 million km^), comparisons of total inputs of N with stream yield indicate that 65 to 90% of 
the inputs (mean = 75%) are removed by terrestrial and aquatic processes (Howarth et al., 
1996). Similar losses of N have also been observed in small watersheds of mixed land use 
(Jaworski et al., 1992; Jaworski et al., 1997) and in small, forested and agricultural 
catchments (Howarth et al., 1996). Because forest ecosystems are N limited, forested 
watersheds are capable of storing considerable quantities of N in biomass and soils. 
However, large variations have been observed in the percentage of loss, ranging from a few 
percent to more than 100 percent of N inputs (Johnson, 1992). This wide range may be 
explained by variations in the biological demand for N, which can fluctuate in response to 
such factors as N depositional history, forest successional stage, and species composition 
(Johnson, 1992; Stoddard, 1994; Howarth et al., 1996; Williams et al., 1996) as well as the 
effects of temperature on nitrification and other N transformations (Murdoch et al., 1998). 

Many natural and cultural properties of watersheds may explain spatial and temporal 
variations in the rates of denitrification, nitrification, mineralization, and N storage and their 
effects on N transport in streams. These include factors such as land use, climate 
(precipitation and evaporation), the oxygen and carbon content of soils and stream sediments, 
and stream morphology (channel density, channel size, and water travel time). Watershed 
properties that affect the quantity, velocity, and direction of water movement along surface 
and subsurface flow paths (climate and geology) may have an especially important influence 
on N transport. Certain flow paths are more likely to remove N from the flow stream than 
others, such as in stream riparian and hyporheic zones where biochemical conditions may 
enhance denitrification. The effects of these various watershed characteristics on stream N 
yield are discussed in the following section. 



155 

5. EFFECT OF WATERSHED CHARACTERISTICS ON N TRANSPORT IN 
STREAMS 

The reported N yield from watersheds (in units of kg km"'̂  yr"') throughout the world is 
highly variable, spanning more than four orders of magnitude (Beaulac and Reckhow, 1982; 
Meybeck, 1982; Smith et al, 1997; Caraco and Cole, 1999), and may be explained by a 
variety of watershed characteristics affecting the supply and removal of N in terrestrial and 
aquatic systems. In this section, we discuss the effects of many of the principal watershed 
properties on spatial variations in N yield, including stream discharge, climate, geology, soil 
properties, land surface topography, stream morphology, natural and cultural sources, and 
land use. 

5.1. Stream discharge 
The relation between stream N yield and discharge (the net quantity of water made available 
to streams via precipitation minus evaporation) illustrates the aggregate effects of surface and 
subsurface characteristics of watersheds. Streams in watersheds in more humid areas 
generally transport larger amounts of N and water per unit of drainage area than those in more 
arid regions. The mean annual yield of N in streams is nearly proportional to the mean annual 
stream discharge for watersheds around the globe (Caraco and Cole, 1999). For developed 
watersheds in the United States with a range of cultural N sources (Figure 2), stream 
discharge and total N yield span nearly four orders of magnitude and display a strong positive 
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Figure 2. Relation of stream yield of total N to stream discharge for developed watersheds 
of the United States. 
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relation (R^ = 0.74)— t̂he exponent on discharge is slightly less than one (0.86). Similar rates 
of N yield per unit discharge have been observed in developed and undeveloped watersheds 
of the w ôrld (Caraco and Cole, 1999) and for relatively undeveloped watersheds in the United 
States (R.A. Smith, written communication). The slope of many of the observed relations 
generally spans a rather narrow range, with exponents from 0.80 to 0.87. Undeveloped 
tropical watersheds in South America with lower atmospheric N inputs (Lewis et al., 1999) 
also show similar to somewhat lower exponents for NO3 (0.80) and total N (0.63). The 
intercept of the yield-discharge relations differs depending upon the magnitude of cultural 
inputs of N to the watersheds and units of discharge in the log linear model. 

At individual stream locations, N yield also varies considerably in response to storms 
as well as seasonal and annual fluctuations in precipitation and streamflow. These responses 
have been extensively documented in the literature (Beaulac and Reckhow, 1982; Mueller et 
al, 1995; Alexander et al., 1996; Goolsby et al., 1999; U.S.Geological Survey, 1999). 
Although larger spatial than temporal variability in N yield is generally observed (Beaulac 
and Reckhow, 1982), temporal changes in N yield at individual sites have important 
implications for the management of sources. A recent study isolated the effects of year-to-
year variations in streamflow on NO3 yield at 104 monitoring locations along the East and 
Gulf coasts of the United States (Alexander et al., 1996). Although the mean annual NO3 
yield at all sites varied by as much as two orders of magnitude in response to year-to-year 
fluctuations in flow, variations at most sites ranged from 20 to 40% of the mean NO3 yield. 
The change in NO3 yield in response to annual streamflow variations was nearly linear and 
proportional in most watersheds (i.e., a one percent change in flow corresponded to nearly 
equivalent percentage change in NO3 yield), although many streams displayed nonlinear 
responses. The variance in NO3 yield at the sites (expressed as a percentage of the mean 
yield) was negatively correlated with the mean annual streamflow and nonurban land use of 
the watersheds; the largest variability in yield was observed in watersheds with arid 
conditions and large diffuse sources of N. 

5.2. Climate 
Climate explains much of the variability in stream N yield-discharge relations for 

watersheds. Climate influences the distribution and composition of vegetation and soils, 
which affect the supply of organic and inorganic N forms to watersheds (Beaulac and 
Reckhow, 1982; Downing et al., 1999). The productivity of natural and cultivated vegetation 
tends to be higher in wetter, more temperate climates, and fertilizer-intensive crops are also 
generally grovm in these areas. The rates of water movement over the land surface, through 
the subsurface, and in stream channels also govern N residence times and loss in watersheds. 
Water transport may affect the rates of biogeochemical processing of N by controlling the 
contact and exchange of N-enriched water with sites suitable for denitrification, such as 
anoxic soils, benthic stream sediments, channel hyporheic and riparian zones, wetlands, and 
aquifers (Harvey et al., 1996; Hill, 1996). Water travel time, which is strongly correlated with 
discharge, has been found to be an important predictor of N loss in streams and reservoirs 
(Kelly et al., 1987; Howarth et al., 1996; Alexander et al., 2000a). Nitrogen losses in streams 
are also correlated with stream discharge (expressed per unit of drainage area), based on 
observations in large watersheds in Germany (Behrendt, 1996). 
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Changes in global climate that may occur in response to recent and anticipated rises in 
atmospheric levels of CO2 and other greenhouse gases will potentially affect stream N yield 
through changes in precipitation and ambient temperatures and their corresponding effects on 
such factors as stream discharge, biological activity, and land use (Murdoch et al., 2000). 
Although most general circulation climate models are generally in agreement that 
temperatures and precipitation will rise over global scales, regional variations are expected to 
be large (Gleick and Adams, 2000). For example, recent predictions of precipitation through 
2030 from two climate models of North America (Gleick and Adams, 2000) indicate large 
regional differences in the magnitude and even the direction of changes in precipitation, 
emphasizing the large uncertainty in current predictive models. Nevertheless, the predicted 
climate-related changes in precipitation or temperature are far reaching and could be expected 
to have notable effects on nutrient cycling in the terrestrial and aquatic ecosystems of 
watersheds, the nature of which are discussed in many recent reviews and analyses (Moore et 
al., 1997; Mulholland et al., 1997; Schindler, 1997; Gleick and Adams, 2000; Murdoch et al., 
2000). Stream discharge is one of the major watershed properties likely to be affected by 
global warming, and is generally more sensitive to changes in precipitation than to 
temperature-induced changes in evapotranspiration (Wolock and McCabe, 1999). Changes in 
discharge would affect the quantity and rates of water movement along surface and subsurface 
flow paths that control the rates of N removal. Both spatial and temporal N yield-discharge 
relations (e.g.. Fig. 2; Alexander et al., 1996) suggest that the long-term changes in N yield 
could be expected to be nearly proportional to the changes in stream discharge, although 
climate-related changes in land use and the rates of biochemical processing of N may cause 
more non-linear, short-term responses in yield. Changes in temperature may also be expected 
to affect terrestrial and aquatic rates of productivity and N uptake (Mulholland et al., 1997; 
Murdoch et al., 1998; Murdoch et al., 2000), and could change the density of microbial 
communities in soils and stream sediments, which govern the rates of nitrification and 
denitrification (Murdoch et al., 2000). Moreover, shifts in land use in response to changing 
precipitation and temperature, such as changes in the location of row-crop agriculture and 
reservoir construction, are additional factors that could affect N yield from watersheds 
(Murdoch et al., 2000). 

5.3. Physiography and Subsurface Hydrology 
Variability in N yield (both explained and unexplained by stream discharge) is related to 

various physiographic features of watersheds that govern the residence times of water and N, 
including soil properties, geology, and landscape topography (Beaulac and Reckhow, 1982). 
Many of these features control streamflow in watersheds according to the concept of variable-
source areas (Beven and Kirkby, 1979; Wolock, 1993). Such features have been cited as 
important factors affecting ground- and surface-water interactions and N yield in streams at 
local and regional spatial scales (Bohlke and Denver, 1995; Winter et al, 1998). Variable-
source-area models such as TOPMODEL (Beven and Kirkby, 1979; Wolock, 1993) stress the 
importance of slope, relief, soil permeability, soil moisture content, and depth to the water 
table, in defining water infiltration and overland flow. According to these models, overland 
flow typically occurs where the subsurface movement of water is impeded, such as in low-
lying areas and soils of low permeability. 

The effects of soil permeability on water and N flow in unsaturated soils have been clearly 
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demonstrated by lysimeter studies in small agricultural watersheds (Howarth et al., 1996). 
Rates of N leaching in sandy soils have been reported to be 2 or more times those in loam or 
clay soils (Cameron, 1983; Sogbedji et al., 2000). In large watersheds with high cultural N 
inputs, studies have found that permeable soils and rocks result in low NO3 yield in streams 
(U.S. Geological Survey, 1999). For example, a relatively low NO3 yield was observed in the 
Lost River in Indiana, where the shallow permeable karst bedrock rapidly diverted N into the 
subsurface (U.S. Geological Survey, 1999). Low N yields in the Prairie and Shell Creeks in 
Nebraska were explained by a relatively flat terrain and sandy/silty soils that rapidly transport 
N into the shallow ground water system (U.S. Geological Survey, 1999). 

These results are consistent with those from empirical models of stream monitoring data 
over regional scales (Mueller et al., 1997; Smith et al., 1997). These studies show an inverse 
relation between mean annual N yields in streams and soil permeability. Tile drainage 
systems, which have been used extensively on poorly drained croplands in the mid-continent 
region of the United States (Mueller et al., 1997; Goolsby et al., 1999; Skaggs and van 
Schilfgaarde, 1999), generally reduce the travel times of N to streams and rivers (Kladivko et 
al., 1991). Artificial drainage of otherwise poorly drained crop or grazing land by surface 
channels or subsurface drains can exacerbate N transport from the soil root zone and expedite 
delivery to surface-water bodies and/or shallow aquifers (Durieux et al., 1995; de Vos et al., 
2000). Land drainage networks effectively bypass the natural filtering effects of wetlands and 
riparian areas and provide direct conduits of surface runoff to streams and lakes. Conversely, 
any N that is diverted to the subsurface in response to the hydrogeologic properties of 
watersheds has the potential to be denitrified (Hill, 1996). Subsurface N may also re-appear 
later in the baseflow of streams. For example, ground waters contribute nearly 50% of the N 
flux to streams in the Chesapeake Bay watershed; these streams include waters with residence 
times of 10 to 20 years (Michel, 1992; Bohlke and Denver, 1995; Focazio et al., 1998). In a 
study of 27 watersheds in the Chesapeake Bay Watershed, Jordan et al. (1997) found that NO3 
concentration increased with increasing proportion of baseflow to streamflow, suggesting that 
NO3 transport was promoted by ground water flow in these areas. 

One of the most dynamic responses of watersheds to precipitation and runoff occurs in 
stream riparian areas and especially in wetlands (Lowrance et al., 1984), where soils rapidly 
saturate to become the initial sites for overland flow (this is reflected by variable-source-area 
models of flow generation). The storage and gradual release of water in riparian areas also 
control baseflow during the recession of peak flows and over more extended periods 
(Lowrance et al, 1985). Riparian areas have been shown to significantly reduce the quantities 
of N (more than 80%) transported from upland areas to streams in overland flow and ground 
waters (Peterjohn and Correll, 1984; Correll et al., 1992; Lowrance, 1992); however, the 
quantities of N removed are highly variable (Hill, 1996). The age of forests, the types of 
vegetation and soils, and the geology in riparian areas contribute to this variability. Riparian 
areas that most effectively remove N have permeable surface soils and shallow impermeable 
layers that produce shallow subsurface ground water flows with long residence times and 
extensive contact with roots and soils (Hill, 1996). The removal of N in ground water via 
denitrification is also controlled by biogeochemical properties of aquifers (e.g. flow paths, 
organic carbon and oxygen supply, and density of denitrifying bacteria) that are independent 
of riparian locations, soils, or other land surface characteristics (Korom, 1992; Postma et al., 
1991; Bohlke and Denver, 1995; Hill, 1996). Thus, N may be removed in the subsurface by 



159 

processes that are not readily predicted from land use or other mapped surface features. 
Moreover, the effect of riparian areas on N transport is uncertain because most studies that 
report decreases in NO3 concentration do not report water discharge. 

Another type of ground water flow path involves the disrupted drainage patterns 
characteristic of karst terrain. Karst terrain includes distinctive features such as sinkholes, 
caves, and springs that develop when soluble rock, often carbonates, occur near the surface. 
Approximately 15% of the continental U.S. has karst features, including parts of the 
Appalachian Mountains, interior lowlands and plateaus in Kentucky, Indiana, and Tennessee, 
the coastal plain of Florida and Georgia, the Edwards Plateau of Texas, and the Ozark 
Highlands (Davies and LeGrand, 1972). Karst features allow for rapid conveyance of water 
from the surface to the aquifer and often within the fractured aquifer itself (LeGrand and 
Stringfield, 1973; White, 1988). The potentially short water residence time in karst aquifers 
may limit the opportunity for biogeochemical transformations of N constituents. Owing to the 
potential for capture of runoff in karst terrain, land-use practices affecting N distribution and 
runoff on the soil surface may directly affect N transport to shallow aquifers. 

Brahana et al. (1999a) and Sauer et al. (1999a) describe the development of a research 
watershed (Savoy Experimental Watershed) in karst terrain within the Ozark Highland region 
of northwestern Arkansas. One sub-basin of this watershed has physiographic features 
(mantled karst, ridge and valley topography) and land-use (hardwood forest and pasture) 
typical of the Ozark Highlands. Two continuously flowing springs (Copperhead and Langle) 
discharge on opposing sides of the watershed outlet, which drains directly into the Illinois 
River. Dye-tracing studies have demonstrated that both springs capture runoff via conduits in 
limestone beneath porous gravel in the valley floor during storm events and rapidly transmit 
the intercepted water to the springs and, from there, overland to the Illinois River (Sauer et al., 
1998; Brahana et al., 1999b). Figure 3 presents discharge, total Kjeldahl N (TKN) 
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Figure 3. Discharge and total Kjeldahl nitrogen (TKN) and nitrate-nitrogen (NO3-N) 
concentrations for Copperhead Spring for a 20-day interval in 1999. 
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concentration, and NO3-N concentration for Copperhead Spring during two events over a 20-d 
interval in 1999. Nitrate was the dominant N species in the spring flow throughout the 
measurement interval, as concentrations of TKN and NH3-N (data not shown) were less than 
0.1 mg L"̂  Temporal variations in NO3-N concentration are typical of runoff events (higher 
concentrations early with gradual decrease) indicating again that spring flow during storm 
events is dominated by captured runoff. 

Table 2. Nitrate-N concentrations in samples taken during base flow conditions over two 
years at four locations in the Savoy Experimental Watershed. 

Date 

02-01-98 
05-22-98 
05-28-98 
06-04-98 
06-11-98 
06-25-98 
09-09-98 
12-08-98 
01-14-99 
04-29-99 
07-27-99 
09-24-99 
Mean 
Maximum 
Minimum 

Shallow 
seep 

2.9 
2.0 
1.5 
4.7 
4.7 
4.9 
6.0 
4.8 
5.8 
2.1 
7.0 
3.9 
4.2 
7.0 
1.5 

Copperhead 
Spring 

ma T •' 
mg 1̂  

3.4 
3.2 
0.8 
7.6 
8.4 
9.2 

12.4 
6.2 
6.0 
1.6 

10.3 
7.5 
6.1 

12.4 
0.8 

Langle 
Spring 

1.2 
0.8 
0.4 
2.2 
2.1 
1.2 
8.8 
2.1 
3.3 
0.4 
3.5 
3.2 
2.6 
8.8 
0.4 

Illinois 
River 

2.3 
1.1 
0.6 
2.8 
3.0 
2.5 
3.1 
3.3 
4.3 
1.8 
4.1 
2.8 
2.7 
4.3 
0.6 

Table 2 lists NO3-N concentrations in samples taken during base flow conditions for a two 
year period from Copperhead and Langle Springs, a shallow seep discharging in the valley 
slope above the soil/rock interface, and the Illinois River. Water from the seep represents 
interflow at the bottom of the root zone, which under non-storm flow conditions is diluted by 
ground water already in the shallow karst aquifer. The higher NO3-N concentrations for 
Copperhead Spring reflect the more-intensely managed grazing lands within its recharge area. 
Discharge from Langle Spring had lower NO3-N concentrations than the Illinois River for all 
sample dates except two whereas, conversely. Copperhead Spring's discharge has higher 
NO3-N concentrations for all sample dates except one. These data illustrate the potential 
interaction between surface and subsurface water in karst settings and the subsequent 
implications for N transport. Runoff from upland areas flows into the valley but a portion is 
captured by the springs, mixed with ground water, and discharged from the springs to the 
Illinois River. 

Water-quality research in karst settings in other locations in the U.S. has found 
correlations with land-use and has documented interactions between flow dynamics and N 
losses. Nitrate concentrations measured in several springs of a karst region in West Virginia 
were found to have a strong linear correlation (R^ = 0.96) with percent agricultural land use in 
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the spring basins (Boyer and Pasquarell, 1995). Kalkhoff (1995) found subbasins of Roberts 
Creek in northeastern Iowa with karst hydrology generally lost water and had lower NO3 
concentrations in streamflow as compared to those subbasins underlain with till and shale 
materials. Seepage from the stream to ground water in the karst subbasins of Roberts Creek 
reduced discharge and flow velocity in the stream thereby causing increased residence time of 
the water. 

5.4. Stream Channels and Reservoirs 
The effects of stream channels and their riparian areas on N yield from moderate- to large-

sized watersheds (> 200 km^ in size) have been observed in empirical models relating mean 
annual N yield to point and diffuse sources and various descriptors of stream hydrography 
(Omemik et al., 1981; Osborne and Wiley, 1988; Smith et al., 1997; Tufford et al., 1998). 
Several studies (Omemik et al., 1981; Osborne and Wiley, 1988; Tufford et al., 1998) 
accounted for the effects of channels and riparian areas on N yield by developing measures of 
the proximity of N sources to stream channels. The researchers reported higher accuracy for 
models with greater weights assigned to sources in the riparian areas of streams than to 
sources located outside of these areas. 
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Figure 4. Nitrogen-loss rate in streams (per day of water travel time) in relation to stream 
channel depth [From Alexander et al. (2000a).] 

A study of N transport in rivers of the United States used a mechanistic model structure 
(Smith et al., 1997) to empirically estimate the attenuation of N sources from upstream 
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watersheds as a function of the physical properties of the watersheds (soils, temperature, and 
drainage density) and stream channels (water time of travel and channel size). Estimates of 
in-stream N loss were inversely related to stream channel size and ranged from 0.45 per day 
of water travel time in small streams to 0.005 per day in large rivers (Figure 4). When stream 
channel depth was used as an explanatory factor, these estimates were found to generally 
agree with those from mass balance and experimental studies that are available for selected 
North American and European streams (Alexander et al., 2000a). The inverse relation 
between N loss and channel depth may be explained by the effect of channel size (depth and 
water volume) on particulate N settling times and denitrification (Kelly et al., 1987; 
Rutherford et al., 1987; Harvey et al., 1996; Howarth et al., 1996; Alexander et al., 2000a). 
The natural rates of N loss via denitrification and settling are generally expected to be smaller 
in deeper channels where stream waters have less contact with the benthic sediment. Larger 
variability is observed in the rates of N loss in shallow streams, which likely indicates 
variability in the stream conditions responsible for N removal. These conditions include the 
hyporheic exchange of waters, organic and oxygen content of sediment, density of 
denitrifying populations, and water-column NO3 concentrations. These results suggest that 
the proximity of N sources to large streams and rivers, as measured by water travel times in 
small tributaries, has a major effect on the downstream transport of N. Sources entering large 
streams and their nearby tributaries may be transported over very long distances in watersheds 
(Alexander et al., 2000a). 

The physical and hydraulic properties of lakes (e.g., water residence time and depth) are 
also related to the observed rates of N loss in North America and Europe (Kelly et al., 1987; 
Howarth et al., 1996; Windolf et al., 1996; Seitzinger et al., unpublished data) and in New 
Zealand (McBride et al., 2000). Rates of N loss varied over a wide range from less than 10% 
to about 90% in these studies, and declined with increases in measures of the rates of water 
transport through reservoirs [i.e., the ratio of mean depth to water residence time—water 
displacement (Howarth et al., 1996; Kelly et al., 1987) and the ratio of reservoir discharge to 
surface area—areal hydraulic load (McBride et al., 2000)]. These lake properties affect the 
contact and exchange of water with the benthic sediment, which influences the rates of 
particulate N settling and denitrification (Kelly et al., 1987; Windolf et al, 1996). This 
implies that the mechanisms for the net removal of N are generally consistent with those in 
streams (Howarth et al., 1996; Seitzinger et al., unpublished data). 

5.5. Cultural Sources and Land use 
Human sources of N (fossil fuel combustion, fertilizer, human wastes, and livestock 

manures) and land use are known to have a major effect on N yield in surface waters (Beaulac 
and Reckhow, 1982; Peierls et al., 1991; Howarth et al., 1996; Vitousek et al., 1997; 
Carpenter et al., 1998; Seitzinger and Kroeze, 1998; Caraco and Cole, 1999; McFarland and 
Hauck, 1999; Amheimer and Liden, 2000; Castillo et al., 2000). Variability in N yield may 
be caused by spatial variations in the intensity and timing of N inputs to watersheds as well as 
differences in land management activities. Nitrogen concentration in streams and rivers of the 
United States have risen two- to ten-fold since the early part of the 20̂ *̂  century because of 
increased cultural inputs of N, and similar increases have been noted in European rivers and 
lakes (Howarth et al., 1996; Vitousek et al., 1997). The N yield of streams in relatively 
undisturbed watersheds of the North Atlantic region (Howarth et al., 1996) has been recently 
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estimated to range from 0.8 to 2.3 kg ha'̂  yf\ A study of background concentrations and 
yield from 66 relatively undeveloped, forest, grass and range land watersheds in the 
conterminous United States (sizes range from 6 to 2,700 km )̂ over the period 1976 to 1997 
(Clarke et al., 2000) indicates a range in the yield of total N that is similar to that reported by 
Howarth et al. (1996) (Table 3). Yield typically ranged from about 0.5 to 2.1 kg ha"̂  yr"̂  
(based on interquartile range of mean annual yields). Yields larger than 2.1 kg ha'̂  yr'̂  and as 
high as 8.4 kg ha'̂  yr'̂  were observed in the eastern United States, wliere the rates of 
atmospheric deposition are highest (up to 4 kg ha"̂  yr"̂  wet NO3). The yield of total N, NO3, 
and NH3 all increase with stream discharge (ranging from <1 to about 160 cm yr'̂ ) and 
atmospheric deposition. 

Comparisons of N yields from relatively undeveloped watersheds with those from 
developed watersheds in North America reveal significant differences that can be traced to 
human activities. For example, N yield is frequently reported to be more than a factor of two 
higher in agricultural and urban watersheds in comparison to less-developed watersheds, 
including those predominantly in forest and rangeland (Beaulac and Reckhow, 1982; Mueller 
et al., 1995; U.S. Geological Survey, 1999). Historical data from two U.S. Geological Survey 
(USGS) water-quality monitoring networks illustrate these effects. These data provide a 
geographically representative description of N conditions in streams and rivers of the 
conterminous United States (Smith et al., 1993). The networks include 506 sites in the 
National Stream Quality Accounting Network (NASQAN) for the period from 1975 to 1992 
(Alexander et al., 1998) and 185 sites in the National Water-Quality Assessment Program 
(NAWQA) network for the period 1993 to 1995. The yield of total N was consistently 3 to 4 
times higher in developed watersheds than in undeveloped watersheds (Tables 3 and 4). The 
median N yield for the developed watersheds (3.3 kg ha"' yr'̂ ) was 3.8 times higher than the 
median yield for undeveloped watersheds (0.86 kgha'^yr'^). Some of the highest yields in 
both developed and undeveloped watersheds occur in the eastern United States, where 
atmospheric deposition is high. Smaller differences are observed between the stream N 
conditions in developed and undeveloped watersheds of the western United States than in 
other regions because of the relatively small inputs of cultural sources of N and more arid 
conditions in these western regions (Table 1; Clarke et al., 2000). 

Table 3. Stream yields of N (kg ha"' yr'') in 66 undeveloped watersheds of the United States. 
[Nitrate-nitrite and ammonia are dissolved. Data from Clarke et al., 2000.] 
Metric 

^TN 
Nitrate-
nitrite 
Ammonia 
Organic 

Runoff 
(cm/yr) 

Min. 
<0.01 
<0.01 

<0.01 
<0.01 

0.1 

25* 
0.49 
0.11 

0.04 
0.16 

22.0 

Percentiles 

50* 
0.86 
0.24 

0.08 
0.33 

34.1 

75* 
2.07 
0.52 

0.12 
1.07 

58.4 

Max. 
0 8 
5.83 

0.33 
5.07 

163.1 

Percentiles - Fraction of 

25* 

0.14 

0.05 
0.32 

Total Nitrogen 
50* 

0.27 

0.08 
0.60 

75* 

0.55 

0.11 
0.75 
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Table 4. Stream yields of N (kg ha'̂  yr"̂ ) in 691 developed watersheds of the United States. 
[Nitrate-nitrite and ammonia are dissolved. The stations are located in developed watersheds 
representing a wide range of land cover types: 191 are predominantly agricultural, 34 are 
primarily urban, and 455 are classified as containing a mixture of land-cover types. 
Watersheds in the National Stream Quality Accounting Network range in drainage basin size 
from about 15 to 2.9 million km^ with a median size of 11,000 km^ (interquartile range from 
3,100 to 37,000 km^). Watersheds in the National Water Quality Assessment Program are 
typically smaller in size, ranging from about 15 to 220,000 km^ with a median size of 1,300 
km ;̂ interquartile range from 150 to 6,400 km .̂] 

Metric 

TN 
Nitrate-nitrite 
Ammonia 
Organic 

Drainage 
Area (km )̂ 
Runoff (cm 
yr-') 

Min. 
<0.01 
<0.01 
<0.01 
<0.01 

13 

0.03 

25* 
1.05 
0.22 
0.05 
0.50 

1,585 

6.8 

Percentiles 

50* 
3.28 
1.06 
0.16 
1.51 

7,268 

27.7 

75* 
7.36 
3.33 
0.38 
2.88 

28,381 

49.2 

Max. 
81.08 
79.02 
7.84 
58.02 

2,953,895 

598.3 

Percentiles - Fraction of 
Total Nitrogen 

25* 50* 75* 

0.25 0.40 0.60 
0.04 0.06 0.08 
0.33 0.52 0.70 

On the basis of USGS data, the median N yield in predominantly agricultural basins 
(5.9 kg ha"̂  yr"̂ ; n=191) and urban watersheds (6.0 kg ha"̂  yr"'; n=34) was more than twice as 
large as the median N yield in watersheds of mixed land use (2.7 kg ha"' yr"'; n=455). 

Moreover, the median yield from agricultural and urban watersheds was more than six 
times the median N yield in relatively undeveloped watersheds (0.9 kg ha"' yr"'; Table 3). 
Figure 5 illustrates the relation between agricultural land area and N yield. An increase in 
agricultural land area from a few percent to nearly 100 percent corresponded to more than a 
five-fold increase in stream yields. For watersheds with similar percentages of agricultural 
land Agricultural management practices also can have a major effect on N transport. The 
addition of fertilizers and organic matter (manure and biosolids) to grassland ecosystems, 
which are naturally N limited, improves their utility for the grazing of livestock, but 
contributes to large watershed yields of N. Timmons and Holt (1977) showed that annual 
stream N yield from ungrazed native little bluestem prairie (Andropogon scoparius Michx.) 
was only 0.8 kg ha"'. By contrast, N yield from 2 grazed rangeland watersheds in Central 
Oklahoma ranged from 1.7 to 5.2 kg ha"' y"' (Olness et al., 1980). Higher N yield from 
grazed watersheds is often due to grazing animal urine, which is known to increase both 
runoff losses of N and NO3 leaching (Schepers and Francis, 1982; Stout et al., 1997; Sauer et 
al., 1999b). Annual N yield of 2 to 9 kg ha"' y"' has been observed where fertilizer or manure 
N additions were made to improve forage production on grazing lands (Kilmer et al., 1974; 
McLeod and Hegg, 1984; Nelson et al., 1996). Nitrate is typically the dominant form of N 
transported from grazing lands, often with significant concentrations in both runoff and 
ground water flow (Sharpley and Syers, 1981; Owens et al., 1983; Cuttle et al., 1992), 



165 

however, there is a considerable range in N yields because of the effects of other N sources as 
well as differences in the rates of N processing in watersheds related to many of the factors 
discussed previously (Beaulac and Reckhow, 1982). 

0 20 40 60 80 

PERCENT OF BASIN IN AGRICULTURE 

Figure 5. Relation of stream yield of total N to the percentage of basin area in agriculture for 
developed watersheds of the United States. The fitted line is obtained from a LOWESS 
smoothing technique (Cleveland, 1979). The LOWESS line displays the central tendency of 
the data, and provides an approximate description of the univariate relation. A more complex 
multivariate relation would be required to accurately predict stream N yield as a function of 
agricultural intensity. 

Although N yield from forested watersheds can be low, watersheds disturbed by activities 
such as logging or development can be a significant source of NO3 (Hallberg and Keeney, 
1993). The high demand for NO3-N by vegetation can result in a greater proportion of N yield 
in the organic form. Timmons et al. (1977) measured nutrient transport from an aspen-birch 
(Populus tremuloides Michx., and Betula papyrifera Marsh.) forest and found 80% of the 
total N load in runoff (1.25 of 1.56 kg ha"' y ) was organic N. An average of 67% of the N 
yield in runoff from upland pasture and forest sites in a grazed watershed in the Ozark 
Highlands was in the organic form (Sauer et al., 2000). Organic N transported to surface-
water bodies is subject to further transformations (mineralization, nitrification, and 
denitrification) in aquatic or benthic environments. 
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The amount and timing of N loads in streams also has been correlated with row crop 
acreage and N management practices. Schilling and Libra (2000) monitored NO3-N 
concentrations in 15 Iowa watersheds with row crops covering 24 to 87% of the watersheds 
area. Average annual NO3-N concentrations were directly related (p < 0.0003) to row crop 
area. Linear regression showed that an estimate of average annual NO3-N concentration in 
surface water could be obtained by multiplying a watershed's row crop percentage by 0.1. 
Nitrate-N concentrations in streams in 10 states of the upper-midwestem U.S. were positively 
correlated with streamflow, upstream areas of corn {Zea mays L.), and N-fertilizer application 
rates (Mueller et al., 1997). Others (Becher et al., 2000, David and Gentry, 2000) also have 
found correlations between N fertilizer use and N yield in agricultural watersheds of the 
Midwest U.S. Figure 6 shows seasonal changes in average NO3-N concentrations in stream 
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Figure 6. Mean nitrate-nitrogen (NO3-N) concentration from 13 sampling sites along Tipton 
Creek in central Iowa during 2000. Error bars represent 1 standard deviation from the mean. 

water for a 202 km^ agricultural watershed in central Iowa (T.J. Sauer, unpublished data). 
Nitrate-N values in Figure 6 are daily means of stream-water samples collected from 13 
locations on each date. Ammonia-N concentrations in samples collected on these dates were 
insignificant (< 1 mg L'^). All samples except those on days 152, 166, and 194 were collected 
during baseflow conditions with stream discharge less than 150 L s"̂  Samples on days 152, 
166, and 194 were collected as stream discharge was decreasing following runoff events. 

This watershed (Tipton Creek) typifies the intense row-crop management of the upper-
Midwest U.S., with 84% of the area being in com or soybean (Glycine max Merr.) production. 
The increase in NO3-N concentration in streamflow during late spring/early summer in 
cropped watersheds like Tipton Creek has been attributed to nitrification of N in fertilizers 
and animal manures (Becher et al., 2000; Castillo et al., 2000). In this instance, fertilizer 
and/or manure would typically be applied to fields sometime between days 100 and 140 to 
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provide nutrients for com during the growing season. Another process that may contribute to 
the trends observed in Figure 6 is mineralization of organic N after tillage and as the soil 
warms in spring. 

5.6. Watershed Size 
Much of the research on the fate of N in watersheds has focused on small catchments 
(Sharpley and Syers, 1981; Johnson, 1992; Hill, 1996; Pionke et al., 1996), where the natural 
and cultural influences on stream N yield are more spatially uniform, and N sources, 
transformations, and hydrologic flow paths are more readily discerned. Considerable 
variability has been observed in N yields from these catchments because of the wide range of 
sampled watershed properties (Beaulac and Reckow, 1982; Johnson, 1992; Hill, 1996). 
Relatively little information, however, has emerged about how N yields vary with watershed 
size. At progressively larger spatial scales, stream yields reflect the effects of an increasingly 
complex range of N sources and biogeochemical processes. This makes it difficult to quantify 
how the effect of any individual factor changes with watershed size. 
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Figure 7. Relation of in-stream total N loss to the water time of travel in coastal watersheds of 
the United States. [Model predictions from Alexander et al., 2000b.] 

A few studies (Alexander et al., 2000a,b; Seitzinger et al., unpublished data) have used 
empirical data from a range of watershed sizes to quantify the effects of in-stream N removal 
processes (denitrification and N storage) on the transport of N through drainage networks. As 
water is carried downstream, N is continually removed from the water column through 
contact with the benthic sediment. Although the rate of N removal per unit of water travel 
time declines significantly with increases in channel size (Alexander et al., 2000a; see Section 
6.4), the fraction of N inputs to streams that is removed generally increases with cumulative 
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water travel time in streams, which is positively correlated with drainage basin size 
(Alexander et al., 2000b). Figure 7 illustrates this concept on the basis of a study of 40 
coastal watersheds in the United States in which the SPARROW model was used (Smith et 
al., 1997; Alexander et al., 2000b). Nitrogen loss, expressed as a percentage of the N 
delivered to streams, ranged from negligible quantities to 90% or more, and monotonically 
increased with the mean travel time of water in streams of the watersheds. Travel times can 
be as much as 24 days in several large, arid watersheds in Texas. Nitrogen losses of less than 
10% were estimated for the smaller watersheds with less than about 2 to 3 days of mean water 
travel time. More than 50%) of the N delivered to streams was removed in watersheds having 
mean water travel times greater than about 7 days. The estimates of N loss in Figure 7 reflect 
the cumulative removal of N over the range of stream sizes in these watersheds. Much lower 
N losses are expected for similar water travel times in large rivers, such as the Mississippi and 
its major tributaries, for which low first-order N loss rates have been estimated (Alexander et 
al. 2000a; Fig. 4). 

Changes in the intensity of land use with watershed size also have discemable effects on 
stream N yields. Nitrogen yields are typically higher in small, upland watersheds that are 
intensively managed than in larger, heterogeneous watersheds. In two large U.S. river basins 
(Fig. 8), stream N yields are as much as 2 to 10 or more times higher in smaller tributary 
watersheds, many with predominantly agricultural and urban land use, than observed at 
downstream locations on the mainstem of the two rivers. Two of the mainstem sites located 
in the upper reaches of the South Platte River show the effects of urban sources. These land-
use patterns reinforce the effects of in-stream N removal processes on stream N yields. In 
some watersheds, increases in the intensity of cultural N sources in lower reaches can cause 
stream N yield to increase in a downstream direction. For example, Castillo et al. (2000) 
found that NO3 concentrations in the River Raisin in Michigan increased from the headwaters 
to the river mouth and were strongly correlated with the ratio of agricultural to forest land 
upstream. In such cases, the intensity of land use has a predominant effect on stream N yield, 
and overcomes the effects of in-stream loss processes. 

5.7. Nitrogen Forms in Streams 
The quantities of stream N in the forms of NO3, NH3, and organic N differ with the magnitude 
of cultural inputs of N and other watershed characteristics. Based on estimates of N yield 
from relatively undeveloped watersheds in the United States (Clarke et al., 2000; Table 3) 
organic N typically accounts for more than 60% of the N. Other studies have also noted the 
predominance of organic N in the streams draining relatively undisturbed forests (Vitousek et 
al., 1997). However, the organic-N content of streams in minimally developed watersheds 
display considerable spatial variability (Table 3), and large organic fractions are not 
uncommon in more developed watersheds (Table 4). In undeveloped watersheds, the highest 
organic-N fractions (>70%) were observed in the southeastern and Texas coastal plains and 
the southern central portion of the United States, whereas the lowest organic-N fractions 
(<50%)) were observed in forested and rangeland watersheds of the Appalachians and arid 
areas of the northern central portion of the United States (Clarke et al., 2000). Nitrate 
represents a majority of the remaining N in undeveloped watersheds, typically representing at 
least a quarter of the total N (Table 3). Ammonia is typically less than S% of the total. 
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Figure 8. Relation of stream yield of total N to the drainage area for developed watersheds of 
the United States. 

Larger quantities of NO3-N are generally transported from developed watersheds (Tables 3 
and 4). Nitrate-N represents 40% of all N forms in developed watersheds as compared to 
27% in undeveloped basins, based on the median of all stations. In developed watersheds, the 
organic-N fraction is typically about 50% of all N forms and NH3 is less than 6%. 

The quantities of NO3-N transported by streams in relatively developed watersheds 
generally increase with total N yield (Figure 9), providing evidence that large cultural inputs 
of N are associated with larger fractions of NO3-N in streams. Greater fractions of NO3-N in 
stream N yield are also found in highly agricultural watersheds (median = 60-80% in 
watersheds with > 75% agricultural land use) in comparison to watersheds with little 
agriculture (median=30-40% NO3 in watersheds with < 25% agricultural land use). Because 
NH3 constitutes a relatively small fraction (median = 6%) of the total N yield, organic forms 
of N generally decline with increases in the total N yield in streams (Figure 9). The increase 
in NO3-N in rivers in response to increases in human activities has been previously observed 
in coastal rivers in the eastern United States (Jaworski et al., 1997) and in the largest rivers of 
the world (Peierls et al., 1991; Caraco and Cole, 1999). The availability of NO3-N can be 
explained by the inorganic form of many of the cultural sources of N that are supplied to 
anhydrous ammonia, these are rapidly oxidized to NO3-N. Large variability is typically 
observed in N forms across similarly sized watersheds. Large watersheds allow greater 
mixing of waters from a variety of sources, including less developed catchments that are more 
enriched in organic-N. However, in many of the largest U.S. rivers (e.g., Susquehanna, 
Potomac, Delaware, Ohio, and Mississippi) with high cultural inputs of N, NO3-N represents 
significantly more than half of the total N (Goolsby et al., 1999). In the largest rivers of the 
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world (Caraco and Cole, 1999), the proportions of organic N and NO3-N were found to be 
roughly equivalent. More complex multivariate relations would be required to accurately 
predict N forms in streams. 

6. SOURCE CONTRIBUTIONS TO STREAM YIELD 

A longstanding problem in quantifying the relative importance of specific natural and 
cultural sources of N to the stream yield from watersheds has centered on understanding the 
effects of land use, climate, and the biogeochemical processing of N in terrestrial and aquatic 
ecosystems over a range of spatial scales. At larger spatial scales, source inputs have 
commonly been used to characterize source contributions to streams (Jaworski et al., 1992; 
Puckett, 1995), but these methods do not account for the appreciable differences that exist in 
the rates of N processing and transport in watersheds as reflected in measurements of stream 
yield (Beaulac and Reckhow, 1982). A variety of watershed models have been used to 
resolve the interactions between N supply and loss processes. At large watershed scales, 
where the applicability and reliability of fme-scale deterministic models is more uncertain 
(Rastetter et al., 1992), empirical models that are calibrated to stream measurements of N 
have frequently been used to quantify N sources and losses in watersheds. Examples include 
spatial regression models of stream N yield on population density (Peierls et al., 1991), net 
anthropogenic sources (Howarth et al., 1996), atmospheric deposition (Howarth et al., 1996; 
Jaworski et al., 1997), and models containing a range of explanatory variables describing both 
N sources and watershed characteristics (Lystrom et al., 1978; Omemik et al., 1981; Osborne 
and Wiley, 1988; Mueller et al., 1997; Smith et al., 1997; Tufford et al., 1998; Goolsby et al., 
1999). 

Estimates of the sources of N in streams of the major water-resources regions of the 
United States (Smith and Alexander, 2000), based on the application of the SPARROW 
model (Smith et al., 1997; Alexander et al., 2000a,b), are illustrated in Table 5. This model 
provides separate quantification of a range of major N sources and accounts for the terrestrial 
and aquatic losses of N as a function of watershed properties. Details of the model structure 
and calibration to N measurements from 400 stream monitoring sites are given in Smith et al. 
(1997), and discussions of the model verification are given in Alexander et al. (2000a,b), 
National Research Council (2000), and Stacy et al. (2000). The major N sources in streams as 
defined by the model include agricultural diffuse sources (fertilizer and livestock manures), 
atmospheric deposition, municipal and industrial point sources, and other sources associated 
with nonagricultural lands. In addition to applied fertilizers, the fertilizer source may also 
include inputs of fixed N in leguminous crop residues and other mineralized soil N from 
cultivated lands (Alexander et al., 2000b). Atmospheric sources include wet deposition of 
inorganic NO3-N as well as additional N contributions from wet organic and dry inorganic N 
(Alexander et al., 2000a,b). Nonagricultural runoff includes the remaining sources of N (i.e., 
not quantified by point sources and other diffuse model terms), delivered to streams in the 
overland flow and ground water from urban, forested, wetlands, and barren lands. The runoff 
from forested lands may include N supplied from natural fixation. 

The sources of N to stream yield vary greatly among the regions (Table 5), and show a 
general correspondence to the inputs of newly fixed and recycled N inputs described in Table 
1. Estimates of N loss in watersheds, based on the median stream yield (Table 5) and the total 
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net N input to the regions (Table 1), range from 62 to 89% of the net inputs of N 
(median=76%). Agricultural sources (fertilizer and livestock manures) are the largest 
contributors to stream yield in most of the regions, representing more than 40% in the Ohio-
Tennessee, Southeast-Gulf, Upper and Lower Mississippi, Souris-Red-Rainy, Missouri, 
Arkansas-Red, and Texas regions. Livestock manures contribute large quantities of N in 
watersheds in the Ohio-Tennessee, Upper Mississippi, Missouri, Arkansas-Red, and Texas 
regions (Table 5); these contributions are consistent with the estimated large inputs of N in 
livestock manures in these regions in relation to the total net inputs of N (newly fixed N plus 
net food/feed imports) reported in Table 1. Atmospheric N contributes more than a quarter of 
the stream yield in most of the watersheds in the Northeast region, and is a dominant source in 
watersheds of the Great Lakes and Ohio-Tennessee region. Nonagricultural diffuse sources 
contribute a majority of the N to the stream yields in the Colorado, Great Basin, and Pacific 
Northwest regions, where cultural inputs of N are generally low. Nonagricultural diffuse 
contributions are also important in the Northeast and Southeast-Gulf, where watersheds 
generally receive large natural sources of organic N from forest vegetation. Point sources, 
generally among the smallest contributors in most watersheds, are the highest in the densely 
populated Northeast, Ohio-Tennessee, and Great Lakes regions; this is generally consistent 
with estimates of the inputs to watersheds in these regions from municipal and industrial 
wastewater treatment plants (Table 1). These results are also consistent with other studies of 
moderate to large watersheds, which find municipal and industrial point sources to be a 
relatively small source of N to streams (Puckett 1995; Howarth et al., 1996; Goolsby et al., 
1999). However, in small, highly urbanized watersheds, municipal and industrial wastewaters 
frequently account for significantly larger shares of the N in streams (U.S. Geological Survey, 
1999; Alexander et al. 2000b). 

7. SUMMARY 

Stream N yields have been assessed in watersheds through detailed process-oriented 
studies at the local scale and over larger, regional scales using statistical techniques. These 
approaches have been applied to natural and culturally affected environments in watersheds to 
elucidate the hydrologic and biogeochemical factors that affect N transport. The 
biogeochemical processing of N has been studied over a range of spatial and temporal scales 
in watersheds to enable the interpretation of data trends and development of conceptual and 
numerical models of N yield. Surface and subsurface hydrology, climate, physiography, and 
basin size all affect the partitioning of precipitation between infiltration and runoff and 
subsequent water flow paths. Natural and cultural sources of N and their subsequent 
transformations influence the amount and mobility of N constituents in soil, plant materials, 
and water. Watersheds represent a physical coupling of the hydrologic and source 
components in a continuous, dynamic system. Management of land resources based on 
principles derived from watershed-scale studies is a key component of ongoing efforts to 
improve the efficiency of N use and limit adverse water quality impacts from excessive N 
loadings to surface, subsurface, and marine waters. 
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This chapter provides an overview of the present state of nitrogen pollution in European 
streams, rivers and lakes. The main focus of the chapter is on diffuse sources of nitrogen. 
Diffuse sources are today the main concern in many European catchments, and measures need 
to be developed to protect drinking water supplies and maintain the environmental quality of 
rivers, lakes and coastal waters. In 1991, the European Union adopted the Nitrate Directive 
aimed to reduce or prevent nitrate pollution of water due to application and storage of 
inorganic fertilizers and manure on farmland. The EU countries have identified zones 
vulnerable to nitrate pollution, and most countries have adopted action plans to reduce 
nitrogen pollution. Thus, throughout Europe catchment managers are combating nitrogen 
pollution from both point and diffuse sources, a task requiring thorough knowledge of the 
mechanisms governing nitrogen loss arising from different uses of land, as well as of the fate 
of nitrogen in groundwater and surface waters. Based on examples from different European 
catchments and comprehensive data sets gathered from ongoing nutrient monitoring 
programmes in Denmark and the Netherlands, this chapter illustrates the most important 
aspects to be considered. 

1. INTRODUCTION 

Elevated nitrogen concentrations in European surface waters have mostly been related to 
modem agricultural practices, in particular the use of nitrogen fertilizers (Neill, 1989; 
Edwards et al., 1990; Wright et al., 1991; Stibe and Fleicher, 1991; Kronvang et al., 1995). 
However, in some countries and catchments, nitrogen discharge from point sources such as 
sewage treatment plants and industry still contributes significantly to riverine nitrogen loading 
(Kristensen and Hansen, 1994; Iversen et al., 1997). 

The elevated riverine nitrogen loading has been associated with increased primary 
production and nuisance algal growth in coastal zones and semi-enclosed and enclosed areas 
of European seas (Kronvang et al., 1993; OSPARCOM, 1992; Mee, 1991). Examples of the 
consequences of eutrophication are increased frequency of algal blooms (sometimes toxic), 
increased water turbidity, oxygen depletion in deeper waters and mass kills offish and benthic 
fauna (Kronvang et al., 1993; European Environment Agency, 1995). 

The estimated European riverine gross flux of nitrogen amounts to 2.5 - 6.5 million tonnes 
per year (European Environment Agency, 1995). Part of the riverine nitrogen loading is, 
however, removed during its passage from source to the open sea (Kronvang et ai, 1999). 
Knowledge of the fate of the riverine nitrogen transport (mostly as nitrate) is important for 
allowing accurate estimations of nitrogen emissions and the resulting net escape to the open 



184 

sea. Hence, quantification of the transformation of nitrate under anoxic conditions into N2O 
and N2 gases in rivers, lakes, wetlands and estuaries is an important issue. 

2. PROBLEM IDENTIFICATION 

2.1 Nitrogen sources in European catchments 
Around 1990, the input from agriculture to the total emission of nitrogen to the aquatic 

environment in 10 European countries ranged between 24% and 81%, the highest values 
being recorded in Denmark, Latvia and The Netherlands, and the lowest in Finland and 
Sweden (European Environment Agency, 1995). The remaining nitrogen sources are point 
source emissions, nitrogen emissions from undisturbed land (forest, mountains, tundra) and 
atmospheric deposition on surface waters (lakes, rivers). The relative importance of the 
different nitrogen emissions in different European regions is illustrated in Table 1. In densely 
populated regions, point source discharge of nitrogen contributes significantly to the riverine 
nitrogen loading (e.g. River Po, Italy). In intensively agri-cultivated regions such as Denmark 
and The Netherlands, diffuse nitrogen loss from arable land is the dominant nitrogen source, 
whereas diffuse nitrogen loss from undisturbed land dominates in sparsely populated and 
cuhivated regions such as the Gulf of Botnia, Sweden. 

Table 1. Sources of total nitrogen in surface waters in selected catchments. (Redrawn from 
Iversen et al., 1997, and Bogestrand, 1999). 
Region 

Gulf of 
Botnia, 
Sweden 
Gota alv. 
Sweden 
Austrian 
part of 
Danube 
Germany 
River PO, 
Italy 
Rhine and 
Meuse, The 

Period 

1982-89 

1982-87 

1994 

1989-91 
1989 

-

Netherlands 
Denmark 1989-98 

Catchment 
area 

(km )̂ 

116,103 

50,181 

80,731 

356,950 
69,400 

37,000 

43,022 

Annual 
loading 

(kgNha^) 

21 

4.3 

9.9 

29 
35 

37 

18.9 

Point 
sources 

3% 

19% 

36% 

39% 
43% 

25% 

7% 

Agriculture 

[% 

22% 

46% 

53% 
54% 

75% 

82% 

Undis-
turbed 
land 

88%~ 

33% 

18% 

8% 
3% 

-

10% 

Atmos-
pheric 

depositi 
on 
7%~ 

26% 

-

-
-

-

1% 

2.2 Nitrogen consumption in European agriculture 
Today, more than 40% of the European land area is used for agricultural production (Table 

2). The land use varies, however, much from country to country, and may even vary from 
region to region within each individual country. For example, arable land constitutes about 
59% of the total land area in Denmark, 40% in Spain and Italy, 34% in Germany, 24% in The 
Netherlands, 6% in Sweden and 3% in Norway. Similarly, farming intensity and crop types 
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vary from region to region. The amount of arable land per inhabitant in Europe (0.38 ha) is 
only half that found in the USA (0.76 ha) and only slightly higher than in Africa (0.27 ha). 

Table 2. Distribution of land use in Europe including the European 
part of the Russian Federation (Veldkamp et al., 1995). 

Type of land use 

Arable land 
Grassland 
Permanent crops 
Coniferous + mixed forest 
Deciduous forest 
Urban areas 
Inland waters 
Other (mountain, tundra, etc.) 

Area 
(km^) 

3,343,838 
1,513,557 
144,508 

2,488,327 
664,587 
117,887 
203,196 

2,175,516 

% 

24.3 
15.7 
1.5 

25.8 
6.9 
1.2 
2.1 

22.5 

Average consumption of chemical nitrogen fertilizers per hectare agricultural land 
increased in Europe with 75% between 1970 and 1989, followed by a decrease during the 
early 1990s (Fig. 1). However, large variations in the consumption of nitrogen fertilizers are 
found, the highest values being recorded in the north-western part of Europe and the lowest in 

400 

1970 1980 1985 1990 1995 
Year 

UK Germany Poland 

••'—- frefand The Netherlands 

Spain Denmark 

Figure 1. Average consumption of chemical nitrogen fertilizers in Europe during 1970-1995. 
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the southern and eastern part of Europe. Similarly, the application of manure to agricultural 
land varies widely between European countries, the highest values occurring in The 
Netherlands (>200 kg N ha"') and the lowest - and less than 40 kg N ha"' - in parts of southern 
and eastern Europe. Hence, the average nitrogen surplus in European agriculture varies 
considerably from country to country (Table 3). 

Table 3. Average nitrogen surplus in different 
European countries calculated as balances of inputs 
(mineral fertilizers, manure, biological fixation and 
atmospheric deposition) and outputs (harvested crops). 
(Source: EEA, 2000). 

Country 
Austria 
Belgium 
Denmark 
Finland 
France 
Germany 
Greece 
Ireland 
Italy 
Netherlands 
Portugal 
Spain 
Sweden 
UK 
EU 12/15 

Nitrogen surplus 

1990 
-

106 
93 
-

47 
105 
84 
47 
62 
229 
27 
40 
-

40 
60 

(kgNha"') 
1993 

-
109 
92 
-

54 
101 
61 
60 
83 

212 
23 
37 
-

39 
60 

1995 
16 
103 
72 
51 
57 
102 
58 
62 
76 

213 
22 
37 
38 
40 
60 

2.3 Nitrogen concentration and trends in European rivers 
Descriptive statistics for the concentration of total nitrogen, nitrate nitrogen and 

ammonium nitrogen in European rivers during 1988-1991 is shown in Table 4. Dissolved 
inorganic nitrogen (nitrate and ammonium) constitutes 88% of the total nitrogen concentration 
in river water. The median total nitrogen concentration in 43 near pristine European rivers 
was much lower (0.33 mg N 1"') than the median total nitrogen concentration reported for all 
329 European rivers (2.12 mg N 1"'), indicating an anthropogenic influence from, for instance, 
agriculture and sewage effluents. 

The concentration of nitrate has increased in many European rivers, especially during the 
period 1950-1990 (Fig. 2). The increase in riverine nitrate concentrations is mainly 
attributable to a corresponding increase in the use of nitrogen in chemical fertilizers in most 
European countries (Fig. 1). Also, during the same period, enhanced emission of nitrogen 
from the burning of fossil fuels and agricultural activity has, however, increased the 
atmospheric dry and wet deposition of nitrogen. This has mainly resulted in an increase in 
riverine nitrogen concentrations in remote and sparsely populated areas of Europe. 
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Table 4. Descriptive statistics of the annual mean nitrogen concentration in European rivers. 
(Redrawn from Kristensen and Hansen, 1994). 

Number 
of river 
stations 

Percentage of river stations 
with concentrations 

not exceeding (mg N 1'̂ ) 

All rivers 
Total N 329 
Nitrate N 654 
Ammonium N 580 

Near pristine rivers 
Total N 43 
Nitrate N 39 

Mean 

3.07 
2.63 
0.67 

0.40 
0.30 

10% 

0.30 
0.25 
0.03 

25% 

0.80 
0.70 
0.07 

0.19 
0.05 

50% 

2.12 
1.80 
0.18 

0.33 
0.10 

75% 

4.50 
3.90 
0.45 

0.39 
0.22 

90% 

7.07 
5.72 
1.42 

g 
B 
"(5 

10-

9 

8 

7 

6 

5 

4 

3 

2 

H 

English R. 
Czech R. 

R. Rhein 
Danish R. 

N. Irish R. 

Hungarian R, 

1955 1960 1965 1970 1975 1980 1985 1990 

Year 

Figure 2. Trends in the nitrate concentration of selected European rivers. 
(Redrawn from Kristensen and Hansen, 1994). 

On average, 70% of European rivers experienced an increase in nitrate concentrations 
between 1978-1988 and 1988-90 (Kristensen and Hansen, 1994). The increase was most 
pronounced in eastern and southern Europe, possibly because the use of nitrogen fertilizers 
peaked later here than in the north-western European countries (European Environment 
Agency, 1995). Moreover, a general downward trend in riverine nitrogen concentrations has 
been recorded in northern European countries (e.g. Denmark) due to regulations on the use of 
nitrogen in chemical fertilizer and manure (Andersen et al., 1999). Thus, during the period 
1989-1996 a general downward trend in nitrogen concentrations in Danish streams draining 
agricultural dominated catchments was reported by Larsen et al. (1999). Since 1990, the 
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economic change in many Eastern European countries has also led to a strong decline in the 
use of nitrogen fertilizers. A concomitant decrease in riverine nitrate concentrations cannot 
yet be clearly detected in the different parts of Europe (European Environment Agency, 
1999). However, the most significant downward trend in riverine nitrate concentrations has 
been recorded in Eastern European rivers (European Environment Agency, 1999) 

3. SOURCES AND RETENTION OF NITROGEN IN A LARGE RIVER - THE 
RfflNE 

Table 5. Land use in the Rhine catchment. CH: Switzerland; D: Germany; L: 
Luxembourg; F: France: NL: The Netherlands. 
Country 

CH 
D 
L 
F 
NL 
TOTAL 

Total area' 

xlOOOkm^ 

34 
102 
2.6 
23 
24 
188 

Urban; 

xlOOO 
km^ 

3 
22 
0.3 
1.3 
7 
34 

area 

% 

9 
22 
12 
6 
31 
18 

Forest i 

xlOOO 
km^ 
11 
40 
0.9 
8.8 
2 

63 

area 

% 

33 
39 
35 
40 
9 
34 

Agricultural area 
arable land grass land 

xlOOO % xlOOO 
km^ km^ 

5 15 14 
27 26 13 
0.5 21 0.7 
5.9 27 5.0 
4 16 9 

42 23 42 

% 

41 
13 
27 
23 
36 
22 

; note that total area does not equal the sum of urban, forest and agricultural areas. This is 
due to both uncertainties in area estimates and the fact that other, less important, forms of land 
use is not included in the table. 

The catchment area (186,000 km^) of the Rhine (length 1,220 km) covers parts of nine 
countries with a total of 50 million inhabitants. The average discharge at the Dutch-German 
border is 2300 m^ s"' (Fig. 3). Table 5 summarises the land use structure of the catchment. 

Concentrations of N-compounds are measured at several stations along the Rhine (Fig. 4). 
Especially for Lobith, long time series are available. The average concentrations vary along 
the length of the river. In 1993, the measured concentrations ranged from 1.7-5.1 mg total N 
r^. The highest concentrations were measured downstream in the Netherlands. 

The concentrations also vary with time and are partly correlated with discharge (Van Dijk 
et al., 1996). Annual average concentrations are calculated as the discharge weighted means. 
Total N concentrations measured at Lobith increased to about 7.5 mg N r̂  (1980-1985) 
followed by a decrease to 4.9 mg N l ' (1993) (Fig. 4). 
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Figure 3. Catchment area of the Rhine showing tributaries and sampling stations. 
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Figure 4. Annual average concentrations of total N in the Rhine at Lobith from 1960 - 1995. 

The elevated nitrogen concentrations in the Rhine originate from emission. Estimates of 
the most important sources of nitrogen for the year 1992 are summarized in Table 6. 
Unfortunately, no complete set of data is available. Most of the point sources are monitored 
yearly, but the data on diffuse sources, mainly agriculture, are updated less frequently. 
Moreover, the data from the different countries were obtained using different methods (IRC, 
1992; Borgvang et al., 1998). 

France uses the balancing method (IRC, 1992): the total loading of a river at a certain point 
is measured and the emission from all point sources subtracted, the remainder being attributed 
to diffrise sources. Since all errors in both loading and point sources are accumulated, the 
value obtained for diffuse emissions is inaccurate as well as underestimated, retention in the 
watercourses not being taken into account. 

Table 6 
Estimates of diffuse and point sources of nitrogen for the year 1992. 
Country nitrogen loading (kton N/y) 

WWTP's 

CH 17.5 
D 120 
F 29 
NL 10 
total 176.5 

1: data for 1985. 

industry 

1 
31 
4.6 
2.0 
38.6 

agriculture 

10.8^ 
124.5 
26.6' 
22.7 
184.6 

other diffuse 
sources 

10.5 
52 
-

8.2 
70.7 

totals 

39.8 
327 
60.2 
42.9 

470.4 

Germany, Switzerland and The Netherlands all use nutrient leaching models (BUWAL, 
1993; Kroes et al., 1996; Werner et al., 1991). These models differ greatly in approach and 
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complexity. The performance of these models has never been compared (Borgvang et al., 
1998). Generally speaking, such models can be calibrated directly for small fields only. For 
larger areas, retention processes in the surface waters have to be taken into account, which 
introduces new uncertainties. Application of nutrient leaching models on the regional and 
national scale requires data on fertilizer application rates, land use, soil properties, hydrology, 
etc. Uncertainties in these data constitute an additional source of error in the calculated 
emission data on nutrient leaching. 

Germany and Switzerland use relatively simple models based upon the principle of 
emission factors. These factors relate nutrient emission to fertilizer application rates, land use, 
soil properties and slope, and are mostly derived from observations at field scale. The 
Netherlands, due to the complex hydrology of the mostly flat soils, uses a much more 
complex deterministic model comprising a model for soil hydrology (Kroes et al., 1996; 
Boers etal., 1997). 

Most of the data are from 1992 and some from 1985 (IRC, 1992). Agriculture and 
domestic wastewater are the most important sources of nitrogen. The total emission in 1992 
was about 470 ktons N y'\ All ktons were emitted upstream of Lobith. The same year, the 
riverine loading at Lobith amounted to 303 kton N. The most important reasons for the 
difference are probably retention in the catchment and errors in emission estimations. 

4. NITROGEN CYCLING IN SMALL CATCHMENTS 

The nitrogen cycling in 21 small and predominantly arable catchments was investigated 
during the period 1989-1996 (Fig. 5). The monitored catchments are representative of the 
typical Danish farming systems ranging from plant production on the predominantly loamy 
soils on the islands to animal production on the sandy soils in Jutland. The catchments also 
represent the typical soil types of Denmark and the gradients in climate and hydrology (Table 
7). Agricultural practices at field level were investigated by a questionnaire survey conducted 
in 1993/94. The data collected were used for calculating nitrogen leaching from the root zone 
applying an empirical leaching model (Andersen et al., 1999). 

Nitrogen leaching from the root zone on agricultural areas was calculated for all 21 
catchments both for 1993/94 and the seven-year period 1989/90 to 1995/96. The latter was 
calculated by assuming same agricultural practice as in 1993/94 and letting climate vary from 
year to year in each of the catchments. Measurements of total nitrogen concentrations and 
discharge in the stream draining each catchment were conducted during the whole study 
period, enabling us to calculate the nitrogen loss from the catchment. Moreover, the annual 
nitrogen loss from agricultural areas within the catchments was calculated by applying 
measured annual nitrogen losses from non-agricultural areas within the catchments (Kronvang 
etal., 1995 and 1996). 
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I I Sandy soil | { Loamy sand | | | | Sandy loam I Clay soil 

Figure 5. The 21 small catchments incorporated as parts of the Danish Aquatic Monitoring 
Programme are situated in different parts of Denmark and cover the dominant soil types and 
gradients in precipitation. 

Table 7. Description of catchment area, soil type, runoff and hydrological regime of the two 
classes of catchments situated in the sandy western and loamy eastern region of Denmark. 

Number of catchments 
Average catchment area 
Average proportion of sandy soils 
Average proportion of organic soils 
Average annual runoff 
Baseflow index 
Average annual interflow^ 
Average annual groundwater flow^ 

Sandy western 
region of Denmark 

10 
12.6 km^ 

86% 
7.6% 

289 mm 
0.74 
30% 
70% 

Loamy eastern region of 
Denmark 

11 
13.6 km^ 

25% 
1.1% 

242 mm 
0.55 
55% 
45% 

) Calculated by setting up a precipitation-runoff model for each catchment. 
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4.1 Nitrogen budgets 
The monitoring data enable us to establish an overall nitrogen budget for the catchments 

situated in the sandy western region and the loamy eastern region for 1993/94 (Fig. 6). The 
nitrogen balance for 1993/94 reveals that the application of nitrogen is highest on agricultural 
areas within the sandy western catchments, mainly due to higher production and use of 
nitrogen in animal manure (Fig. 6). Although the nitrogen surplus was considerably greater 
for the sandy catchments than the loamy catchments, the modelled average annual nitrogen 
leaching from the root zone was only slightly higher for the sandy (71 kg N ha"̂ ) than for the 
loamy catchments (66 kg N ha"'). Nitrogen retention in the root zone seems therefore to be of 
greater significance in the sandy catchments than in the loamy catchments possibly because of 
higher application of animal manure in the former. 

Nitrogen (kg N ha') 

Manure 35% (|:P Fertilizer 37% 

Other 28% 

Application 
251 

Harvest 
138 

jf?iv 

Manure 29% < i ^ Fertilizer 51% 

Other 20% 

Application 
219 

Harvest 
131 

l^ocft2»ne^ 
ret^ition 

Sand li 
***̂ ^̂  N.O\.y ^ u 

71 ^ 41 ^46 _ 68 

$î b$Uffao« removal Sufasurfece removal 

Bootzone 
retention 

Loam 

Figure 6. The average nitrogen input balance and nitrogen flows for 10 sandy catchments and 
11 loamy catchments in Denmark from autumn 1993 to autumn 1994 (agricultural data) and 
the calendar year 1994 (nitrogen export data). 

The average nitrogen export from the agricultural areas within the catchments measured at 
stream stations during 1994 was slightly higher for the loamy catchments (46 kg N ha'^) than 
from the sandy catchments (41 kg N ha"^). For both the sandy and loamy catchments, average 
nitrogen export from the agricultural areas within the catchments was lower than the modelled 
average nitrogen leaching (Fig. 6). The difference obtained can be ascribed to both subsurface 
nitrogen removal processes (denitrification) or, during this short-term period, maybe to 
hydrological inertia (time lag) within the catchments. The latter presumably being most 
pronounced in sandy catchments where the proportion of stream water derived from 
groundwater is highest (Table 7). 
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4.2 Subsurface nitrogen removal 
The year of 1994 was a relatively wet year (mean annual precipitation 880 mm) compared 

to the average (694 mm) for the seven-year period 1989-1996. Therefore, both the modelled 
nitrogen leaching from the root zone on agricultural land and the measured nitrogen export 
from the agricultural areas within the catchments were considerably higher than the average 
for the period 1989-96. To obtain a better description of the missing link between nitrogen 
leaching and nitrogen export, we investigated the differences for the period 1989-96. Average 
subsurface nitrogen retention (measured as the difference between nitrogen leaching and 
nitrogen export divided by the former) was significantly (p<0.001) correlated with the 
proportion of sandy soils (S) and average runoff in the 21 catchments (Fig. 7). 
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Figure 7. Relationship between average annual subsurface nitrogen removal and the 
proportion of sandy soils within 21 small Danish headwater catchments. 

We believe that the nitrogen retention in subsurface soils is due to subsurface removal of 
nitrate nitrogen in groundwater rather than a hydrological time lag (groundwater residence 
time) in the small headwater catchments investigated. However, in larger catchments 
groundwater residence time may be of great significance in the comparison of comparing 
nitrogen leaching with nitrogen export. Subsurface nitrogen retention is in these cases of vital 
importance for the linkage between changes in agricultural practices and trends in riverine 
nitrogen concentrations or loading. 

5. IMPORTANCE OF AGRICULTURAL LAND FOR NITROGEN EXPORT 

The average annual export of total-N, nitrate-N and ammonium-N from 1989-98 in relation 
to the proportion of agricuhural land in 70 Danish catchments is shown in Table 8. The 
nitrogen export from the monitored catchments reveals an increase concurrently with an 
increase in the proportion of agricultural land (Table 8). Thus, the average annual export of 
total-N, nitrate-N and ammonium-N increases by a factor 9, 14 and 5, respectively, when the 
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proportion of agricultural land increases from 0-20% to >70%. Although the average 
catchment area and average runoff also experience an increase, there is no doubt that a 
substantial proportion of the agricultural nitrogen surplus is lost to surface waters. 

Table 8. Average annual export of total nitrogen, nitrate nitrogen and ammonium nitrogen 
from catchments with different proportions of agricultural land and where nitrogen emission 
from point source is less than 0.5 kg N ha"' during the ten-year period 1989-98. Also shown 
are number of catchments, mean catchment area and mean annual runoff from each of the 
land use classes. 
Proportion 
of 
agricultural 
land 
< 20% 
20-40% 
40-60% 
60-70% 
70-80% 
> 80% 

Number of 
catchments 

5 
5 
6 
8 

20 
26 

Catchment 
area 

(km^) 

7.4 
3.3 
8.7 

37.6 
30.2 
12.5 

Runoff 
(mm) 

183 
185 
284 
200 
286 
234 

Total-N 
export 

(kgNha^) 

2.4 ±1.9 
6.4 ±3.4 
14.5 ±6.2 
14.9 ±6.0 
21.9 ±6.7 

21.1 ± 
10.8 

Nitrate-N 
export 

(kgNha^) 

1.5 ±1.6 
4.7 ±2.6 
12.2 ±5.2 
14.2 ±5.1 
20.5 ± 9.8 
19.0 ±9.2 

Ammonium-N 
export 

(kg N ha^) 

0.09 ± 0.06 
0.26 ± 0.47 
0.22 ± 0.08 
0.25 ±0.17 
0.41 ±0.28 
0.41 ±0.28 

If we correct the measured nitrogen export for differences in average annual runoff 
(discharge weighted concentration) we still see a significant increase in the nitrogen input to 
surface waters with increasing proportions of agricultural land (Table 9). The observed 
increase in average annual discharge-weighted concentration of nitrogen is again most 
pronounced for nitrate-N (factor 11), followed by total-N (factor 7) and ammonium-N (factor 
3.5) (Table 9). 

Table 9. Average annual discharge-weighted concentration of total nitrogen, nitrate nitrogen 
and ammonium nitrogen from catchments with different proportions of agricultural land and 
where the point source nitrogen emission is less than 0.5 kg N ha'̂  during the ten-year period 
1989-98. 
Proportion of 
agricultural land 
< 20% 
20-40% 
40-60% 
60-70% 
70-80% 
> 80% 

Number of 
catchments 

5 
5 
6 
8 

20 
26 

Total-N 
( m g N l ' ) 
1.4 ±0.8 
3.5 ±1.7 
5.4 ±1.8 
7.8 ±2.2 
8.4 ±2.8 
9.8 ±3.9 

Nitrate-N 
(mgNl-') 
0.8 ± 0.7 
2.7 ±1.5 
4.4 ±1.5 
6.9 ± 2.2 
7.5 ± 2.9 
8.6 ±3.6 

Ammonium-N 
(mgNl-') 

0.05 ± 0.04 
0.11 ±0.18 
0.09 ± 0.04 
0.12 ±0.05 
0.15 ±0.10 
0.18 ±0.10 

6. NITROGEN REMOVAL IN LAKES 

Lakes play an important role as sinks in the transport of land-based nitrogen to downstream 
coastal and marine areas. The reported rates of nitrogen removal have, however, varied 
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significantly (8-81%, Seitzinger, 1988), although quite constant and high loss rates have been 
found in 69 Danish shallow eutrophic lakes (Jensen et al, 1990). The present section aims to 
bring an overview of the magnitude of nitrogen removal in shallow lakes and the important 
controlling factors. Quantification of the nitrogen removal is based on mass balances from 22 
Danish lakes with 10 years data and 4 Dutch lakes with 11-13 years data. For more details on 
methods and calculations, we refer to Jensen et al (1990,1992) and Jeppesen et al (1998). 

Table 10. Average annual nitrogen loading and retention in 23 Danish 
the Netherlands. Included is also a description of lake morphology and 
time. 

shallow lakes and 4 lakes in 
average hydraulic retention 

Name of lake 

Lake Arreskov 
Lake Arreso 
Lake Borup 
Lake Bryrup Langso 
Lake Dons Norreso 
Lake Engelsholm 
Lake Fugleso 
Lake Farup 
Lake Gundsomagle 
Lake Hejrede 
Lake Hinge 
Lake Jels Overso 
Lake Kilen 
Lake Langeso 
Lake Lemvig 
Lake Ravn 
Lake St. Sogard 
Lake Sogard 
Lake Soholm 
Lake Tisso 
Lake Tystrup 
Lake Vesterborg 
Lake 0m 
Mean 

Lake Veluwemeer 
Lake Woldewijd 
Lake Nuldemauw 
Lake Drontermeer 
Mean 
Grand Mean 

Mean 
depth 
(m) 

1.9 
3.1 
1.1 
4.6 
1.0 
2.6 
2.0 
5.6 
1.2 
0.9 
1.2 
1.2 
2.9 
3.1 
2.0 
15.0 
2.7 
1.6 
6.5 
8.2 
9.9 
1.4 
4.0 
3.6 

1.3 
1.5 
1.5 
1.1 
1.4 
2.5 

Lake 
area 

(km^) 

3.2 
39.9 
0.1 
0.4 
0.4 
0.4 
0.1 
1.0 
0.3 
0.5 
0.9 
0.1 
3.3 
0.2 
0.2 
1.8 
0.6 
0.3 
0.3 
12.3 
6.6 
0.2 
0.4 
3.2 

32.4 
18.0 
9.5 
5.4 
16.3 
9.8 

Retention 
time 

(years) 

Nitrogen 
loading 

(mgNm'^d' ') 

Denmark 
1.46 
4.14 
0.07 
0.23 
0.05 
0.23 
0.17 
0.46 
0.09 
0.15 
0.05 
0.02 
0.77 
0.58 
0.09 
2.33 
0.23 
0.07 
1.78 
1.06 
0.55 
0.08 
0.05 
0.64 

39.4 
32.1 

409.1 
523.2 
450.8 
195.2 
513.8 
123.1 
552.6 
246.0 
400.2 
1592.6 
98.0 

229.5 
590.1 
190.8 
445.7 
1005.4 
90.9 
224.6 
650.3 
743.6 
357.6 
421.9 

The Netherlands 
0.13 
0.32 
0.12 
0.02 
0.15 
0.4 

126.7 
49.5 
163.5 
611.8 
237.9 
329.9 

Nitrogen 
retention 

(mgNm-^d'^) 

23.2 
17.9 
48.1 

241.6 
113.8 
125.9 
226.2 
71.7 
151.6 
53.4 
55.7 
147.2 
69.8 
108.1 
172.9 
100.4 
109.7 
226.1 
50.2 
145.5 
243.1 
121.2 
37.1 
115.7 

65.5 
18.1 
69.5 
122.0 
68.8 
92.3 

Nitrogen 
retention 

(% of 
loading) 

58.3 
58.6 
15.5 
48.1 
27.6 
64.9 
49.4 
57.7 
28.7 
23.7 
14.6 
9.0 
71.4 
49.7 
30.5 
60.1 
25.2 
20.5 
57.7 
68.1 
40.5 
18.5 
10.3 
39.5 

51.4 
37.1 
42.6 
21.0 
38.0 
38.8 
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Most of the nitrogen removal in lakes is due to denitrification, and only a minor part to 
permanent burial in the sediments (Dudel & Kohl, 1992; Van Luijn et al., 1996). In Danish 
Lake Sobygard, Jensen et al. (1992) estimated that around 90% of the nitrogen removal could 
be attributed to denitrification. In the remaining part of this section, the term N-removal will 
be used for the sum of denitrification and burial of nitrogen in lakes. 

Average N-removal for the 26 lakes is estimated to 92.3 mg N m""̂  d ' (Table 10). A 
substantial amount of the nitrogen entering the lakes is removed, the relative N-removal being 
as high as 38.8%. This value is quite corresponds well with the value reported for 69 shallow 
Danish lakes (mean: 43%) (Jensen et al, 1990). 

The N-removal rate ranges from 17.9 to 243.1 mg N m""̂  d"' as the nitrogen loading ranges 
from 32.1 to 1592.6 mg N m'̂  d'\ while the relative nitrogen removal ranges from 9.0 to 71.4 
% removal of the nitrogen loading. No significant differences are found between the Dutch 
and the Danish lakes in either absolute or relative N-removal rates. The intra-lake variation 
seems to be as high as the inter-lake variation in the two countries (Table 10). 

6.1 Abiotic factors controlling nitrogen removal 
Nitrogen removal depends on the nitrogen loading to the lake and the rate of removal is 

generally higher with higher loading (P<0.0001, Fig. 8). The removal rate can, however, vary 
markedly, even at similar nitrogen levels of loading. The main reason for this variation is 
chiefly explained by differences in hydraulic retention time, a factor upon which relative 
nitrogen removal is highly dependent (Fig. 8). 
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Figure 8. Nitrogen removal vs. nitrogen loading in Danish and Dutch shallow lakes and the 
relative nitrogen removal compared to hydraulic retention time. 

A simple empirically derived relationship, depending solely on the hydraulic retention time 
in the lake (xw), may account for 60% of the observed variation in the relative nitrogen 
removal (Nret(%)): 

Nret(%) = 53.9* Tw^̂ ^̂  r^=0.60, P<0.0001. 

This relationship is comparable with the model proposed by Jensen et al (1990) and 
Windolfera/. (1996). 
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6.2 Biotic factors controlling nitrogen removal 
Besides the abiotic factors controlling N-removal, also the biological structure of a lake 

may markedly influence N-removal. In two of the Danish lakes included, the biological 
structure changed dramatically during the investigation period (Jeppesen et al., 1998). In Lake 
Arreskov, fish kill in winter 1991-92 caused a shift from a turbid plankton-dominated stage to 
a Clearwater and hence macrophyte-dominated stage. The relative N-removal increased from 
26-38% before to 48-62% afterwards the fish kill. Similarly in Lake Engelsholm, N-removal 
increased from 49-53% to 59-66% following a partial removal of the planktivorous fish stock 
in 1992-94. 
Various factors resulted in the increased N-removal in the two lakes (Jeppesen et al., 1998): i) 
a decrease in organic nitrogen in the lakes and outlets due to the decrease in the nitrogen 
incorporated in the phytoplankton; ii) reduced resuspension due to a decrease in the number 
of fish foraging in the sediment and an increase in benthic algal growth; iii) higher 
denitrification in the sediment, reflecting less competition between denitrifiers and 
phytoplankton for nitrate, enhanced N retention by phyto- and zoobenthos and enhanced 
sediment nitrification due to higher oxygen concentrations. These two cases clearly 
demonstrate the very complicated interactions between N-removal and lake biological 
structure. Differences in biological structure may thus be part of the explanation of 
differences in the reported N-removal rates, especially in shallow lakes. 

7. NITROGEN REMOVAL IN FRESHWATER WETLANDS 

In Denmark, studies of nitrogen removal in freshwater wetlands have been undertaken 
since the mid-1980s. Both natural fens and meadows with different hydrological regimes as 
well as restored and constructed wetlands have been investigated. 

7.1 Natural wetlands 
In natural freshwater wetlands receiving groundwater recharge (i.e. minerotrophic 

wetlands), nitrogen removal varies from 57 kg N to >2100 kg N ha ' yr ' . The relative 
removal varies only from 56 to 97%, without any clear correlation between loading and 
efficiency (Table 11 and 12). Thus, there is a hugh capacity of Danish freshwater wetland 
soils for nitrogen removal through denitrification. The nitrogen loading to the wetlands 
reflects upland characteristics such as land use, precipitation surplus, drainage conditions, soil 
type, the groundwater flow pattern, etc. Some of the overall factors characterizing wetlands 
recharged by groundwater and examples on their ability to remove nitrogen will be given in 
this section. 

At the River Stevns, the concentration of nitrate in recharging groundwater to the meadow 
varied from 15-30 mg NOa'-N ^^ Nearly 74% of all upland groundwater was discharged 
directly into River Stevns through drainage pipes. Only 57 kg N were retained in the meadow, 
of which 31 kg N ha"' y"' was denitrified, while on average 89 kg N were removed from the 
meadow through haymaking. Thus, nitrogen removal from the meadow was higher than the 
input the meadow (total input: 60 kg N - total output: 120 kg N). 

The wet meadow at the Rabis brook is recharged by nitrate-rich groundwater, which at the 
valley slope breaks through to the soil surface and irrigates the meadow naturally (Table 11). 
This is possibly the reason why the relative nitrogen removal is so low (56%), since the 
nitrate has to move by advective flow or by diffusion to the active denitrification sites close to 
the soil surface. 
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In the Gjem River catchment area, studies have been made for several years of wetlands 
with different hydraulic regimes (Table 11). Especially in a 73 metre wide water-covered fen 
(area B, Table 11), nitrogen turnover has been studied intensively and particularly high rates 
of denitrification have been found in the area around the river valley slope. Over a distance of 
only 13-17 m, the nitrate concentration falls from approx. 25 to 0.01 mg NO3-N \'\ 
corresponding to a denitrification rate of 1-5 g N m'̂  d'\ depending on where in the zone of 
enhanced denitrification sampling is undertaken (Blicher-Mathiesen, 1998; Hoffmann, 1998a; 
Hoffmann et ai, 2000b). Only a few other studies have hitherto reported denitrification rates 
of this magnitude, e.g. Cooper (1990)(8.1 g N m'̂  d"'). Haycock and Burt (1993) (0.74 g N m" 
^ d" )̂. Haycock and Pinay (1993) (up to 10 g N m"̂  d"̂ ) and J0rgensen et al (1988) (2.1 g N 
m-^d-^). 

Table 11. Nitrate removal in different riparian wetlands with groundwater recharge (flow 
through). %: percentage of incoming nitrate loading removed (From Hoffmann, 1998). 
Locality Nitrate removal rates Reduction 

(kgNOs'-Nha'^ear'^) (%) 
River Stevns, meadow 57 95 
Rabis brook, meadow 398 56 
River Gjem: 
A, meadow 140 67 
B, fen (1993) 2100 97 
B, fen (5 years) 1079 97 
C, meadow (5 years) 541 96 
D, meadow (5 years) 398 97 

7.2 Rehabilitation of fens, wetlands and wet meadows in floodplains 
In most European countries watercourses have been modified by man to improve certain 

features, for example flood control, drainage of surrounding land, navigation, etc. In countries 
like Denmark with an intensive agricultural production, more than 90 per cent of the total 
river network has been regulated to some extent (Iversen et al, 1993). Straightening and 
channelization of watercourses was conducted to ensure sufficient drainage of the floodplains. 

Table 12. Examples of nitrogen removal rates measured in two Danish river 
valleys with groundwater recharge following re-meandering of the river channel. 
Both studies were conducted in the first year following the river restoration 
(1995/96). (From Hoffmann et al. 1998, 2000a). ^ 
Locality Kg NOs'-N ha" year" % ~ 
River Brede, large-scale, meadow (63 ha) 92 71 
Headwatersof River Gudenaa, large-scale, 8.4 57 
meadow (57 ha) 

Today we are restoring many of our rivers by reinstating their former meandering course 
(Kronvang et al, 1998). Hence, former fens, wetlands and wet meadows are reinstated in our 
river valleys by re-meandering the river channel, elevating the river bed and disconnecting 
drains and ditches which also lead to increased nitrogen removal (Table 12). The nitrogen 
removal rates obtained at two river restoration sites in Denmark are shown in Table 12. 
Considerable variation in the groundwater flow pattern both along the river and from riverside 
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to riverside was found, implying that nitrogen transport and removal vary significantly 
(Hoffinan et aL, 1998; Hoffmann et al, 2000a). 

7.3 Irrigation of meadows with drainage or river water 
Experiments involving the irrigation of meadows and reed forests with drainage water or 

river water have also yielded promising results with respect to nitrate reduction. The extent of 
nitrate removal primarily depends on the amount of water infiltrating the soil. Therefore, the 
size of the area to be irrigated needs to be adjusted to the amount of water it is expected to 
receive. In an irrigation experiment alongside the River Stevns, where all the water input to 
the area infiltrated the soil, 99% of the nitrate was denitrified in the uppermost 2 cm of the 
soil profile (Table 13) (Hoffmann et al., 1993). In the same study, nitrate reduction was also 
measured on a plot of the meadow that had been fed with tile drainage water for approx. 100 
years via a drainage conduit terminating on the river valley slope. Over a distance of 45 
metres, the nitrate concentration fell from 11.3 mg NOs'-N 1"' at the conduit outflow to 0.1 mg 
NOs'-N r ' midway into the meadow, i.e. a reduction of 99% (Hoffmann et aL, 1993). 

Table 13. Nitrate removal by irrigation with time drainage water or 
stream water. The removal rates obtained during irrigation with tile 
drainage water takes into account the periodicity of tile drainage 
runoff (in Denmark, highest runoff in winter and spring: October to May). 
Locality Kg NO3-N ha ' year' % 
Glumso, reedswamp§ 
Glumso, reedswamp§ 
Glumso, reedswamp§ 
Glumso, large-scale. 
reedswamp§ 
River Stevns, meadow* 
River Stevns, meadow 
with drainage pipes! 
Syv brook, meadow 
River Stora, 
restored meadow 
River Gjem, meadow* § 
(min) 
River Gjem, meadow* § 
(max) 

520 
975 

2725 
569 

350 
(cone.) 

11.3 
300 
530 

34 

200 

65 
62 
54 
94 

99 

99 
72 
48 

88 

98 

* Short term experiment. 
§ Different hydraulic loading and different nitrate loading. 
! Concentration given in mg NO3" -N \'\ 

When part of the irrigation water is discharged as surface runoff, the relative nitrate 
removal decreases to between 48 and 72% according to the studies hitherto undertaken at Syv 
Baek brook (Hoffmann, 1991), Lake Glumso (Hoffmann, 1986; Jorgensen et aL, 1988) and 
the River Stora (Fuglsang, 1993; 1994) (Table 13), this being attributable to the fact that 
denitrification does not occur in the surface water due to the prevailing oxic conditions. Any 
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nitrogen removal occurring in the surface water must therefore take place through algal 
uptake, uptake into the microbial pool or sedimentation of particulate nitrogen. 

Irrigation of riparian areas with tile drainage water can only be undertaken in periods 
during which water is flowing in the drains. In consequence, the operational period highly 
depends on local conditions such as the amount of precipitation, soil type etc. The annual 
rates given for the meadows at the River Stevns and Syv brook shown in Table 13 are thus 
calculated for the period during which they were actually irrigated by drainage water, i.e. 120 
and 200 days, respectively. 

A short-term irrigation and flooding study at the lower reaches of the River Gjem shows 
that nitrate reduction occurs in the uppermost part (0-2 cm) of the soil in areas subjected to 
regular flooding or irrigation events (Hoffmann, 1996; Hoffmann, 1998b). Although the 
infiltration capacity is low at the Gjem study site, the results show reduced nitrate values even 
during short-term flooding/irrigation events. It means that apart from being important for 
sedimentation, naturally meandering rivers and their riparian areas serve as a functional unit 
and a stabilising ecological factor for the aquatic environment. 

8. MEASURES TO REDUCE EMISSIONS OF NITROGEN FROM POINT AND 
DIFFUSE SOURCES IN EUROPE 

Measures to reduce point source emissions of nitrogen focus on urban wastewater 
treatment plants (UWWT) as well as various key industries. The Urban Wastewater 
Treatment Directive (91/271/EEC) adopted by the European Commission in 1991 is a key 
directive for water management in the European Union. The Directive sets minimum 
standards for the collection, treatment and disposal of wastewater dependent on the size of 
discharge, and the type and sensitivity of receiving waters. In the case of nitrogen, a 
maximum annual average threshold of 15 mg N 1"' is set for smaller UWWT's (10,000-
100,000 PE), whereas the threshold is lower (10 mg N 1"') for larger UWWT's (> 100,000 
PE). 

Measures to reduce nitrogen emissions from agriculture are more difficult to implement, 
both in a political and practical perspective. A variety of policies has been applied in the EU 
and the different countries: (i) legislation; (ii) economic instruments; (iii) information. In 
1991, the European Commission adopted the Nitrate Directive aimed to reduce or prevent the 
nitrate pollution of water caused by the application and storage of inorganic fertilizers and 
manure on farmland. The Nitrate Directive requires that member states: (i) identify vulnerable 
areas to nitrate pollution; (ii) establish Action Plans governing the time and rate of fertilizer 
and manure application, and conditions of manure storage in vulnerable zones; (iii) implement 
monitoring programmes to assess the effectiveness of action programmes; (iiii) establish 
Codes of Good Agricultural Practice to be implemented by farmers on a voluntary basis in 
other areas. 

The impact of the Nitrate Directive will of course depend on the interpretation of 
requirements by the EU Member States, especially that of the area extent of vulnerable zones. 
As an example, Austria, Denmark, Germany and The Netherlands have designated the whole 
territory, France 46% vulnerable zones of the whole territory, while Portugal has designated 5 
and the UK 69 vulnerable zones. 
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Table 14. Measures applied across Europe to combat nitrogen pollution. 

Countries approach 

Point sources 
UWWT tertiary 
treatment 
Industry - BAT 
Agriculture 
Manure restrictions 
Manure storage 
Silage storage 
Fertilizer 
restrictions 
Atmospheric input 
Atmospheric 
sources 
Industry - BAT 

A 

' 

, 

B 

' 

D 

, 

' 

, 

D 
K 

, 

' 

, 

E F 
1 
N 

F 

' 

G 
R 

' 

I 1 
R 
L 

' 

1 N 
L 

' 

N 

' 

P P S 
L 

' 

, , 

U 
K 

' 

, 

A: Austria; B: Belgium; D: Germany; DK: Denmark; E: Spain; FIN: Finland; F: France; GR: 
Greece; IRL: Ireland; I: Italy; NL: The Netherlands; N: Norway; P: Portugal; PL: Poland; S: 
Sweden; UK: United Kingdom. 

Table 15. Action Plans and their major elements adopted in Denmark to combat nitrogen 
pollution from agriculture. 
Action Plans Year of Major implemented measures to combat 

adoption diffuse nitrogen pollution 
NPO Action Plan 1985 Elimination of direct discharges from farms 

Livestock harmony on the farm level 
Action Plan on the 1987 9 month storage facility for slurry 
Aquatic Environment I 

65% winter green fields 
Crop and fertilizer plans 

Plan for Sustainable 1991 Standard N fertilisation values for crops 
agricultural development 

Standard values for N in animal manure 
Required utilisation of N in animal manure 
(30-45%) 
Fertilizer accounts at farm level 

Action Plan on the 1998 Demands for an overall 10% reduction of N 
Aquatic Environment II application to crops 

Demands for catch crops 
Demands for transforming 16,000 hectares 
farmland to wetlands 
Reiterated demands for utilisation of N in 
animal manure (40-55%) 
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The measures applied in selected European countries for combating nitrogen pollution 
from point and difftise sources are shown in Table 14. Most countries have initiated tertiary 
wastewater treatment and imposed regulations on manure restrictions and storage. 

In Denmark, the government has adopted four major Action Plans since the early 1980s to 
reduce by 50% nitrogen pollution of the aquatic environment (Table 15). The Action Plan on 
the Aquatic Environment I from 1987 demanded nitrogen removal at all major sewage 
treatment plants (> 15,000 PE). The regulations imposed to ensure a reduction in nitrogen 
pollution from agriculture have been reiterated in all subsequent Action Plans (Table 15). 
Besides the muhiple measures implemented, Denmark has also adopted three other plans: (i) a 
Plan for Afforestation (1987) aimed to double the forest area during the next 60-80 years 
(5,000 hectares per year); (ii) the Strategy on Marginal Land (1987) aimed to restore 20,000 
ha of former wetlands over a 10-20 year period; (iii) EU Set-Aside schemes. These plans will 
of course also contribute to the reduction of the nitrogen pollution from farmland. 

9. CONCLUSIONS AND PERSPECTIVES 

Concern about elevated nitrogen concentrations and loading to groundwater and surface 
water in Europe has prompted the introduction of many reduction strategies at international, 
national and local levels. Measures to reduce point source discharges of nitrogen focus on 
tertiary treatment of urban wastewater as well as various key industries have been 
implemented in most countries within the European Union (EU) (see Tables 14 and 15). 

Today, a high proportion of the total anthropogenic nitrogen loading to the aquatic 
environment consists of nitrogen loading from agriculture (cf Table 1). However, reducing 
the nitrogen input from agriculture is difficult for both technical and political reasons. 
Measures may be introduced/implemented at the source to reduce the large nitrogen surplus 
(as seen in many European countries, see Table 3). Another approach may be to introduce 
transport measures to reduce the level of nitrogen before it reaches surface and thus increase 
the nitrogen removal potential along the routes followed by nitrogen from soil to water. 

The latter may be allowed by reinstating formerly drained lakes and wetlands in which the 
potential for nitrate removal through the denitrification process normally is high (see Tables 
10-14). So far results obtained in Denmark and The Netherlands have shown that the potential 
for nitrogen removal in lakes and freshwater wetlands is high. In Denmark the Second Action 
Plan on the Aquatic Environment (see Table 15) included the following initiative: to remove a 
total of 5600 tonnes nitrogen y"' by rehabilitating 16,000 hectares of drained and otherwise 
reclaimed wetlands within five years. 
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1. INTRODUCTION: NITROGEN AND COASTAL MARINE SYSTEMS* 

In the late 1960s the problem of nutrient inputs to freshwater systems, and scientific debate about 
it, was reaching a peak. Although a critical volume on aquatic eutrophication edited by Gene Likens 
(1972) did not exclude papers on marine and estuarine systems, the principal focus was clear 
(Likens, p.vi): 

"I hope that the information provided in this volume may be useful to decisionmakers and thus 
contribute to a slowing of the eutrophication rate in our lakes and streams'' [italics added] 

Even before the freshwater decision-makers became fully focused on setting limits on phosphorus 
(P) loading by a seminal experiment of David Schindler (1974), Ryther and Dunstan (1971) 
suggested that nitrogen (N) played the more critical role in coastal marine systems. We now know 
that there are low-salinity portions of some estuaries, as well as some special individual marine 
cases, which are P-sensitive (e.g. Howarth 1988; Krom et al. 1991; Doering et al. 1995; Malone et 
al. 1996, Boynton 2000). Similarly, there are various freshwater systems that are N-sensitive (e.g. 
Elser et al. 1990). Moreover, it is clear that there are possible ecological consequences of relative 
availability of silicate (Si) and N in coastal marine systems (e.g. Officer and Ryther 1980, Ryther 
and Officer 1981, Doering et al. 1989, Conley 2000, Rabalais et al. 2000). But the overwhelming 
evidence, including observational evidence and controlled mesocosm experiments, confirms a 
central role of N in establishing biological responses to nutrient loading in coastal waters (Howarth 
1988; Oviatt et al. 1995; Doering et al. 1995; NRC 2000). 

Issues of shifted element ratios and their moderation of N effects are fascinating and substantial 
(cf Nixon et al. 1980, Nixon 1981, Doering et al. 1989, Seitzinger 2000, Rabalais et al. 2000). But 
it is challenging enough to review effects relating to different levels of N, which is the principal 
focus of this chapter. 

N circulation through the global environment has been growing dramatically (Vitousek et al. 
1997). Delivery via rivers to receiving systems has increased greatly in the last half of the 20^ 
century (e.g. Howarth et al. 1996, CENR 2000, other chapters in this volume). Unlike P, there is a 
significant atmospheric pathway for N. Local- to longer-range atmospheric transport and deposition 
to many regions, including coastal waters, has risen as a consequence of fossil fuel burning, 
agricultural practices, and other human activities. Riverine and atmospheric enrichments, combined 

* The term "coastal marine" or "coastal systems" is used in this chapter as shorthand for estuaries, shallow 
embayments, and lagoons, as well as more open nearshore and shelfwater ecosystems along oceanic-
terrestrial margins, as distinct from similar coastal systems on large inland seas like the Great Lakes. 
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with burgeoning coastal zone populations of humans and their associated land use changes and 
wastewater releases, make coastal systems a frontline receiving system for much of the enormous 
global N enrichment experiment now in progress. What is happening in coastal ecosystems and what 
do we expect to happen if N loads continue to rise? 

In the same volume cited above (Likens 1972), Clifford Mortimer gave some opening comments 
(p.viii), which provide a fabric for this chapter: 

"Although the analogy can not be pressed too far, it will be noted that the research aimed toward 
cure of cancer-like eutrophication, a problem of unwanted proliferation of cells-devotes 
considerably more effort and resources to the study of cell processes than to description of 
symptoms. Until now, the reverse has been the case in eutrophication research." 

It is not that recognition of coastal marine eutrophication had its genesis in 1971; indeed it began 
at least at the latter part of the 19̂ ^ century (cf. historical perspectives of Nixon et al. 1986, Nixon 
1992, 1998). But the paper of Ryther and Dunstan, with work started much earlier by Ryther (1954), 
was an epiphany which did spur an emphasis on N research that has continued and increased for the 
last three decades (Nixon 1995). At the beginning of the 21̂ ^ century, we now have very little 
problem identifying Mortimer's "symptoms" of N overenrichment, due to innumerable related 
conferences, symposia and associated volumes, articles, books, and virtually uncountable numbers 
of greyer-literature reports (Lauff 1967, NAS 1969, Nielson and Cronin 1981, Boynton et al. 1982, 
Carpenter and Capone 1983, Chesapeake Bay Program 1983, Kennedy 1984, Valiela 1984, 
Rosenberg 1985, Nixon et al. 1986, Kullenberg 1986a, Nixon 1988, Howarth 1988, GESAMP 1990, 
Elliot and Ducrotoy 1991, Vollenweider et al. 1992, NRC 1993, Nixon 1995, Bricker and Stevenson 
1996, Nixon et al. 1996, Anderson and Garrison 1997, NRC 2000, Hobbie 2000). At core, 
symptoms are similar to those noted early on by John Ryther in the oyster beds and waters adjacent 
to the N-polluting duck farms of Long Island. 

This chapter emphasizes that we now know quite a bit about coastal eutrophication* and 
Mortimer's "proliferation of [autotrophic] cells." We have struggled to provide good loading 
estimates and nutrient budgets. We have observed, probably in tens of thousands of places and in 
more than a million samples the concentrations of nitrogenous nutrients in coastal waters. There has 
been strong progress made in connecting inputs, concentrations, and effects in concert in selected 
places. But we cannot yet predict the stimulation of some of the most undesired cells (e.g. toxic 
dinoflagellates) or the precise point at which adverse secondary consequences of cell proliferation 
will occur in any given system. And we do not have a generalized and quantitative description of 
adverse effects of N loading, in part because there are a wide variety of coastal systems. 

Also complicating the picture of N as a pollutant is that to some level and to some beholders, the 
effects of N loading are desirable. This is the agricultural paradigm so effectively written about by 

* Scott Nixon (1995) offered a definition of coastal eutrophication as "an increase in the rate of supply of 
organic matter to an ecosystem." It was offered, in part, because the term has had considerable ambiguity in 
usage and to emphasize that it is a process, not a state. In context, "eutrophication" doesn't necessarily equate 
to "undesired effects." In fact, Nixon suggested the definition to be "value neutral." Accepting it, one should 
talk of the "consequences" of eutrophication as part of the possible set of responses to, or effects of, N 
enrichment. 
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Scott Nixon— t̂he notion that fertilization enhances productivity and leads to higher yields of desired 
species (see Ketchum 1969, Sutcliffe 1972, 1973; Sutcliffe et al. 1977, 1983; Nixon et al. 1986, 
Nixon 1988, 1992, 1995). Nature repeatedly has shown that it can produce other than desired 
results, but we do not precisely know the positive limits of fertilization. Notwithstanding, the basic 
ingredients of the recipe for "enriching the sea to death" (Nixon 1998) are known. Observations 
over the past few decades indicate that many individual system's limits have been passed to realize 
an oxygen-depleted, mortality-inducing recipe. Examination of such cases, among other lines of 
evidence, should help resolve a fundamental question: when and where does that unfortunate death 
recipe result? More subtle effects than fish kills occur, so there are related fundamental questions: 
when and where does N stimulate undesired species changes or wholesale food web shifts? 

The state of knowledge is such that it does not yet allow us to answer the above questions to 
satisfaction for many systems. This is unfortunate, for such answers are critical to an ability to set N 
limits that would be protective. There is, however, a huge, and growing, world literature; this review 
draws heavily from it, even as it reflects my own experience and an admittedly U.S./north temperate 
bias. I hope my small perspective on the trends in N loading and responses of coastal systems 
stimulates continued synthesis, as we try to provide the science to achieve Likens' simple goal, for 
coastal marine systems. 

2. SYMPTOMS OF N ENRICHMENT 

A recent summary (NRC 2000) lists commonly known ecological responses to N enrichment. These 
include: 

Increased plant biomass and primary productivity 
Increased oxygen demand and hypoxia or anoxia 
Shifts in benthic community structure caused by anoxia and hypoxia 
Changes in plankton community structure caused directly by nutrient enrichment 
Stimulation of harmful algal blooms (HABs) 
Degradation of seagrass and algal beds, formation of macroalgal mats 
Coral reef destruction 

Also listed as a concern, not with N per se, but with one vector for it, human sewage, is a potential 
increase in disease and pathogen species. With the exception of coral reefs, and the substitution of a 
term like "nuisance" for "harmful" and "macrophytes" for "seagrass," these effects are the classic 
symptoms of lake eutrophication (Wetzel 1983). 

I have grouped effects for review and discussion in this chapter into five prime categories of 
response to N loading. These have served generally as focal points and endpoints for research: 

• Chlorophyll 
Phytoplankton primary production 
Dissolved oxygen 
Benthic producers (Submerged Aquatic Vegetation [SAV], macroalgae) in 
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shallow waters 
• HABs, as part of change in phytoplankton species composition 

After a short discussion on N loading (Section 3), I examine each of these five ftindamental 
effects of concern, using examples of where they have been noted and/or have been increasing 
(Section 4). The probable role of N is suggested, and I try to capture the different kinds of evidence 
that can link it to the problem. Evidence includes what I refer to as "epidemiological" associations, 
a spatio-temporal co-occurrence, either local or regionalized. Other evidence includes: time trends 
of N and effects observed at individual or multiple sites; empirical patterns that emerge from 
comparing conditions across sites, which begins to assess the generality of the coupling between 
input and response; and finally, experimentally-observed linkages (primarily in microcosm or 
mesocosm* experiments), which help confirm and in some cases quantify the nature of the 
relationship. The strength and kind of evidence linking N and each problem varies, but to the degree 
possible I indicate some situations where a quantitative linkage has been established. In a summary 
(Section 5), I speculate on the quantitative sequence of events with increasing loading. 

The five effect categories are compiled in a very simple conceptual model to frame how 
symptoms relate to N loading (Figure 1). I have not attempted to include all the ecological 
components, flows, confounding factors, etc. in a spaghetti-like picture of interactions that captures 
more of the true complexity of "sophisticated" constructs or model formulations. Briefly, water 
column chlorophyll, phytoplankton primary production, and other algal increases are viewed as a 
direct, nutrient uptake response. Algal increases, representing increased levels of organic matter, 
secondarily promote low DO through increased decomposition and respiration. Increased algae 
shade SAV in shallow water to produce a secondary effect of seagrass decline through light 
reduction. Competitions among the algal community may ultimately promote toxic or nuisance 
blooms of harmful algae. A concert of secondary effects acts further on food webs/fisheries, but 
even the direct and first-level indirect effects of N loading (Figure 1) have been difficult to quantify 
broadly. In Section 5, I touch on such ftirther ramifications of these effects, but they have 
consequence to aesthetics, human health, valued estuarine and marine populations, food webs, 
diversity, and ecosystem sustainability. Although we ultimately care most about these, they are 
some of the most difficult to assess (see CENR 2000). 

Any consideration of coastal systems and their potential responses (Figure 1) must also recognize 
some special, complicating aspects. These systems are generally very open to flow of water and 
materials, including organisms, from both "upstream" and "downstream" sources (due to tides and 
circulation changes, as well as biological transport or active migration). Most coastal systems have 
many sub-areas and pockets of different habitats, so spatial and temporal variability is a confounding 
problem in their fundamental ecological characterization and in definition of their response to inputs. 
Coastal systems also represent a set of fairly bewildering diversity in size, shape, and other physical. 

* Mesocosms are considered to be contained systems (tanks, ponds) larger than bottle or laboratory-size (i.e. "micro"-
cosms), which capture some or many of the environmental features and realism of a natural system (usually outside 
exposed to natural lighting). Systems are usually replicated and manipulated for controlled experiments. Example 
systems, cited in this chapter in relation to nutrient enrichment experiments, include the MERL (Marine Ecosystem 
Research Laboratory) systems (2.63 m^ area, 5 m deep, with coupled pelagic and soft-bottom communities; cf Nixon et 
al. 1984, 1986) and several shallow pond/lagoon/tank systems used for macrophyte or seagrass studies (e.g., Twilley et 
al. 1985, Short 1987; Short et al. 1995; Taylor et al. 1995a,b). 
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Figure 1. Conceptual model of N loading and effects discussed in this chapter. 
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chemical, and biological characteristics. Monbet (1992) suggests that responses "vary from estuary 
to estuary, from segment to segment within a given estuary, and from time to time within any 
segment of an estuary." Perception of estuaries each as unique is echoed through the literature. The 
notion of "yes, but that doesn't hold for my system," is a common one and is bolstered by 
recognition that "the extreme variation in response to any level of loading clearly demonstrates the 
importance of other factors that determine differences between estuaries" (NRC 2000). Continued 
intensive field studies and site-specific modeling of select systems will undoubtedly reveal much 
more we should know in terms of N and ecological responses. There also has been a strong 
recognition that we cannot study each of the many thousands of systems intensively. We need to be 
able to group similar systems in terms of their vulnerability to N enrichment. The notion of 
ecological classification is thus in the vanguard of the attempt to aggregate across the diversity of 
systems and to develop more generally a quantitative relationship of coastal responses to enrichment 
(cf Jay et al. 2000, NRC 2000). 

3. NUTRIENT LOADING TO COASTAL SYSTEMS 

3.L Multiple sources, uncertainties, and high nutrient loading 
To quantify effects and develop N loading-biological response relationships, one needs to start 

with nutrient inputs. Quantifying inputs to coastal systems has not been a small task, for several 
reasons. The possible sources of N are many. Obvious point sources were initially and easily 
tracked, but usable methods and models to assess non-point N surface flows, as well as atmospheric 
deposition, have taken considerable effort to develop and apply. Offshore exchanges and 
groundwater inputs are still not easily or routinely assessed. Moreover, all sources have changed 
markedly in a brief span of history. In addition, there are many forms to analyze and which 
contribute to "total" N (TN = ammonia, nitrate, nitrite, dissolved organics, particulate matter, 
organic, and inorganic). Now standard analytical methods were not all standard until after 1970 and 
raging debates have ensued as to whether only dissolved inorganic N (DIN) loading, or also organic 
N forms, are stimulatory nutrient sources. So, estimating TN (like total P for lakes) has not always 
been the goal of those assessing loading or responses; many examples cited here use DIN. In 
addition to these factors, many coastal systems are large, so spatial and temporal assessment of 
sources is not a small matter. 

Even with incomplete N budgets and sources not as well characterized as for some other systems, 
we have known for some time that coastal systems receive high nutrient loading. Figure 2 shows 
estuarine systems for which land-derived inputs were summarized in the mid-1980s. Coastal 
systems often integrate flows and inputs from large watersheds, so from their position in the 
landscape, we could expect many of them to receive relatively high nutrient inputs compared to 
other systems. There is a significant range in loading for coastal systems, but it is not as wide as 
observed in lakes. Eutrophic/hypereutrophic lakes reach the same high levels of loading as many 
estuaries, but oligotrophic lakes are far less enriched (up to over two orders of magnitude lower). 
Less-enriched systems, such as some lakes and forests, tend to receive relatively high N loads (and 
thus have a higher N/P input ratio), because a majority of their input is from atmospheric sources 
(Kelly and Levin 1986). Many estuaries receive inputs from terrestrial sources at rates well above 
those applied to intensively fertilized agricultural fields. 
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In spite of the difficulties of source assessment, we now believe we have good input budgets for 
total N (and DIN) for a few coastal systems. The most complete loading estimates have a smattering 
of measurement, modeling, averaging across years, and some measure of best professional judgment 
(e.g. Nixon et al. 1995, 1996). Compared to values in the summary of Figure 2, total inputs are 
probably higher for most coastal systems, in part due to inclusion of several sources that were not 
well known or quantified in the mid-1980s. For example, atmospheric inputs are substantial to some 
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Figure 2. Nitrogen and phosphorus input to a variety of terrestrial and aquatic ecosystems. 
Modified from Kelly and Levin (1986). Estuarine systems show DIN or TN input from land and in some 
cases, atmosphere. Boston Harbor is from land-derived sources only (Kelly 1997), showing an example range 
for a system considering only DIN (lower end of bar) or TN (upper end of bar). 
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systems (principally larger, more open water ones), and also have been increasing (e.g. Paerl and 
Whitall 1999). Groundwater inputs have also been quantified and are significant in certain systems 
(e.g. Valiela et al. 1997a). 

0.1 _ 

0) 

E 
3 
O 
> 
(0 

^0.01 _ 
-̂  
Q. 
C 

5 -
LL 

0.001 _ 

0.0001 _ 

•Columbia River 

~ -Kennebunk River 

z -Little River | 

• 
• • 

• ^ 

m 

1 M 1 lllll 

Chesapeake Bay 

Waquoit Bay 
• ^•Plum Island Sound 

^ " • • [jNan-agansett Bay 
•Tomales Bay 

• :;j Boston Harbor 

• • • ^Boston Harbor, post diversion 

• • Buzzards Bay 

•Somes Sound 

•Bqpthbay Harbor 

1 1 1 l l l l l l 1 1 1 I IH I j 1 1 1 l l l l l l 1 1 1 IH I I j 1 1 1 l l l l l 

0.1 10 100 1000 
Estuarine Area (km2) 

10000 100000 

Figure 3a. Freshwater volume : tidal volume ratio in small and large coastal ecosystems. Data 
are from a summary of Maine (closed squares) and other larger northeast systems (Narragansett Bay, 
Boston Harbor, Buzzards Bay) by Kelly (1997b), along with intensive coastal LMER sites around the US 
described by Jay et al. 1997. Systems of different size range from river-dominated to ocean-dominated. 

Most recently, in the course of developing complete coastal nutrient budgets, it has become 
broadly recognized that loading from the seaward, as well as the landward, edge can be very 
substantial (Garside et al. 1976, Nixon 1997, Kelly 1998). Boston Harbor, Narragansett Bay, and 
other northeastern US systems are an appropriate region to focus on ocean inputs because of large 
tidal ranges and, in comparison, relatively low freshwater inputs (Figure 3a). For example, Boston 
Harbor has a freshwater (Fw) to tidal volume ratio <0.01. At this ratio, the concentration of N in 
freshwater must be -100 times that in the tidal floodwater to provide equivalent loading; even with 
Boston's large effluent discharge to the Harbor (now being diverted offshore) this turns out not to be 
the case. Inclusion of ocean loading to the budget based only on land and atmosphere sources raises 
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Boston Harbor's N input estimate by -100 to 200% (DIN and TN, respectively; Kelly 1998). Many 
systems do not have the direct wastewater load of Boston and many have Fw/tidal ratios far less, 
indicating greater potential for ocean-domination of loading. Not all of the tidal volume input 
actually mixes with the water within an embayment, and this must be accounted for in assessing 
ocean loading. The ratio nonetheless is a first-order illustrator of relative source strengths. Figure 
3a suggests why several systems have "River" as part of their name and that Chesapeake Bay is 
much more freshwater-driven than many northeastern sites. 
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Figure 3b. Frequency diagram, by US geographic regions, of the ratio of freshwater volume to 
tidal volume input. From data compiled by NOAA estuarine susceptibility/eutrophication survey (see 
Bricker et al. 1999; P. Orlando, personal comm.), using tide gauges near mouths of estuaries. Pacific N=32, 
Gulf N=35, Southeast N=20, Mid Atlantic N=27, Northeast N=l 8. 

The northeast and its macrotidal conditions appears to be skewed to Fw/tidal ratios below 1, 
whereas other US geographic regions have a distribution that includes ratios above 1, or even above 
10 (Figure 3b). There is considerable overlap in the frequency distribution for each region; clearly 
the potential for both river-dominated and ocean-dominated flows exists in all regions. The 
significance of ocean loading as a nutrient source will vary with the offshore N concentration, which 
may show a general decrease with latitude. Increased atmospheric N deposition (e.g. Prospero et al. 
1996, Paerl and Whithall 1999) directly to adjacent near-coastal waters could increase the role of the 
oceanside source of N to estuaries and embayments. These uncertainties reinforce the notion that we 
are still learning to quantify sources of nutrients to many coastal systems, and that source 
characterization is a big factor that has limited development of loading-effects relationships. 
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3.2. Trend of increasing N concentrations and loading to many coastal systems 
Human populations along coastlines have been dramatically increasing with global population 

rise, as have associated anthropogenic pressures on coastal systems. Recent increases in loading to 
coastal systems are rather spectacular in some cases, but they are also just part of a general global 
increase in N circulation throughout the atmosphere, terrestrial, and aquatic ecosystems (e.g. Nixon 
1995, Howarth et al. 1996, Prospero et al. 1996, Vitousek et al. 1997, other chapters in this volume) 

For a number of coastal systems, it has been possible to measure or reconstruct trends of increase 
in N loading or in situ water column N concentrations over several decades or even from pre-
European settlement in the US. A few examples, all with markedly increasing N trends, include: the 
open and coastal Baltic Sea since the 1950s and 1960s (Elmgren 1989, Cederwall and Elmgren 
1990, Rosenberg et al. 1990), Narragansett Bay/Albemarle-Pamlico Sound since the 1800s (Nixon 
1995), the Ythan estuary in Scotland from 1960s to 1990s (Balls et al. 1995), the Mississippi River 
plume from the 1960s to 1990s (Rabalais et al. 2000), and Chesapeake Bay from 1950 onward 
(Boynton 2000). Conley (2000) compared several of these published trends in the US and Europe; 
he summarized that N loads have increased by a factor of 1.5 to 4.5 over the 20̂ *̂  century and are 
presently as much as 60 times more than what might be judged as "pristine" condition loading. 
Certainly, we are at a point in the growth of human society where the development, use, and input to 
coastal systems is higher than at previous points in history. Thus comes the pressing concern to 
develop understanding of related, undesirable effects. 

3.3. Modifiers of N loading that have consequence for expression of effects 
Like other aquatic systems, coastal systems experience multiple stressors. When we look for 

nutrient-related effects there can be confounding problems from suspended solids, toxic 
contaminants, and habitat loss. But even in cases where we think we know all the N inputs and other 
stressors, we don't necessarily know much. There are a number of features within coastal systems 
that modify how and when nutrients reach biological receptors and in essence create the N 
"exposure." Principal among these modifiers is flushing and the residence time of water within the 
system; this feature is an emphasis of this review. Other physical features, like stratification, are 
also significant. Additionally, work of Seitzinger (2000) and Nixon et al. (1996) show that sediment 
microbial denitrification converts DIN to N2 gas, removing >25% of N loading to longer residence 
time systems. Also, larger biological organisms modify the distribution of N forms, spatially or 
seasonally, or graze upon plankton and affect the way primary producers respond to nutrients. As 
will be discussed, many features complicate relationships between N loading and effects, in part by 
affecting the concentration experienced at a given loading rate in different systems. 

4. LOADING-RESPONSE RELATIONSHIPS 

4.1. Chlorophyll response to N loading and concentrations 
Nutrient inputs (especially N) generally stimulate plankton biomass in coastal systems, and this is 

a first response in the sequence of related effects (Figure 1). The response is regularly measured in 
terms of chlorophyll a. Considerable evidence for stimulation exists at all levels of ecological 
organization and complexity (cf Hecky and Kilham 1988). Studies note enhancement by N 
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additions in: axenic cultures, community (bottle) assays whole-system enclosure/mesocosm 
experiments, and natural systems. The latter is inferred from historical trends, taking advantage of 
natural system "experiments" (e.g. sewage increases or diversions), and comparative trend analyses 
for many coastal systems (e.g. Boynton et al. 1982, Nixon 1983, Howarth 1988; Nixon et al. 1986, 
Nixon 1992). 

In examining empirical patterns to develop quantitative relationships across whole systems 
(experimental or natural), an interesting challenge is the characterization of chlorophyll 
concentration, which has very high space and time variability. Should we be looking at peak 
(individual sample) concentrations, mid-summer ranges, or annual depth-integrated/spatially-
averaged means? The most successful efforts to relate N and chlorophyll have been constructed 
using annual means and spatial averaging across a range of sites when possible. Where data are too 
infrequent or poorly spaced (in time or across the estuary) the estimate of a systems value may be 
miscast and create variability for pattern analyses. When we look across time or across systems we 
must constantly ask, are data summaries comparable and reliable, and how wide are the bounds of 
the estimate? 

Increasing chlorophyll concentrations over years to decadal or greater time scales have been 
observed at very many sites around the world in the last half-century. In many cases a rise in 
benthic microalgae or phytoplankton chlorophyll has been correlated with N concentration increases. 
To generally summarize from many studies: when viewed across sites along enrichment gradients 
within or between ecosystems, a basic pattern between planktonic chlorophyll and water column 
DIN concentrations often emerges. Over a range of annual average DIN from <1 to >20 jiiM, 
chlorophyll tends to rise slightly less than 1 |ig/L of chlorophyll with every 1 |xM increase in DIN, 
about 0.7 to 0.8 jig Chl/^M DIN as a very rough rule. But there is variability in different areas and a 
greater tendency for the chlorophyll rise to fall off this trend at increasingly higher DIN levels. 
Within a given coastal system there can often be a similar trend where enrichment gradients are 
observable; i.e. at the upper levels of enrichment in a given system (often near sewage treatment or 
other strong point source of nutrients) are well below the trend for the other stations. Observations 
such as this have been used to suggest light limitation at very high nutrient levels (e.g. Malone 1982, 
Monbetl992). 

Many of these generalizations can be seen in Figure 4, which also adds a dimension of 
classification to the trends. The parameter range is broad enough that it has to be viewed on a log 
scale. The increasing general trends and variability noted above are nonetheless apparent, but for 
two fairly distinct classes of systems—those which have very large tidal ranges ("macrotidal") and 
those which have smaller ("microtidal"). Microtidal systems appear to be more sensitive to N 
enrichment, judging by a higher chlorophyll level observed at any given N level. Tidal energy may 
produce effects upon the light received by plankton by increasing vertical mixing. Destratification, 
sediment resuspension, and flushing may all reduce the chlorophyll a response per unit N. 

A number of studies, Monbet's included, have tried to relate chlorophyll with Â  loading, not just 
in situ N concentrations, with differing degrees of success. No doubt this is due to underlying 
variability in the nature of different systems (such as suggested by Figure 4), as well as uncertainties 
in both loading and response measurements. Efforts generally have confirmed a strong correlation 
to N loading (vs. P) and provide evidence of a general relationship, but not necessarily a satisfyingly 
predictive one. Some issues of comparability and reliability inherent with empirical trends observed 
from cross-system correlations have been overcome by whole-system mesocosm experiments. For 
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example, Marine Ecosystem Research Laboratory (MERL) enrichment gradient experiments (e.g. 
Nixon et al. 1986, Keller 1988) show an unequivocal tie between N loading and chlorophyll standing 
stock. Data show both a general increase in mean annual chlorophyll and an increase in the overall 
range of spot measurement variability within increasing nutrients. Nixon et al. (1986) showed a 
strong relationship between annual DIN inputs, annual average in situ DIN concentrations, and 
chlorophyll over the following ranges for DIN (~5 to 300 |iM) and chlorophyll (~3 to 75 |ig L'̂ ). 
Marine and coastal systems for which there are comparable loading and chlorophyll data somewhat 
the general MERL trend, with exceptions noted by Nixon (1992) and observable in Figure 5. The 
data overall (log-log scale) suggest a hyperbolic relationship familiar from bottle assays. 
Chlorophyll, although it continues to increase with additional nutrients, does not keep pace 1:1 with 
increasing nutrient loads or concentrations. 
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Figure 4. Mean annual concentrations of DIN and chlorophyll at multiple sites within different 
estuaries. From Monbet (1992). Units are equal to fiM (DIN) and ^g L"' (chlorophyll). See original 
reference for coastal systems (represented by a series of similarly numbered stations) and data sources. 

Nixon and co-workers' efforts to conduct experiments and compare results with natural systems 
have provided strong quantitative evidence of the relationship between N and chlorophyll. Scatter in 
the available data, however, suggest a single empirical relationship may not apply as a strong site 
predictive model unless we improve in normalizing for other critical variables that will also 
influence the response. For example, all else being equal, shorter water residence time systems 
(including those more energetically flushed by tides) will tend to have lower DIN concentrations for 
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a given N loading (Kelly 1997a,b), so that the problem of chlorophyll "sensitivity" to loading (vs. 
concentration) in different systems is further complicated. Boynton and Kemp (2000) have tried a 
"primitive" scaling of nutrient loading (correcting areal input for hydraulic fill time and depth, as has 
been successful for lakes (Vollenweider 1976)). Interestingly, their significant Hnear regression 
using mean chlorophyll and "scaled nutrient loading" for various Chesapeake Bay sites (and a few 
others) begins to suggest that physically different systems can be better aligned along similar 
response trends if properly normalized. 
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Figure 5. N loading and chlorophyll response in a mesocosm study compared to a range of 
coastal and marine systems. From Nixon 1992. Triangles are data from a MERL mesocosm 
enrichment experiment. Numbered points or polygons are natural field systems. The rectangles 
(1,2) are open sea systems (Sargasso Sea, N. Central Pacific). Systems 9, 10, 11 are continental 
shelf and upwelling areas. The remainder includes estuaries or bays (e.g. Kaneohe Bay (HA), 14a^ 
[before/after sewage removal]; sub-estuaries of Cheseapeake Bay, 3, 4, 6, 7, 8). See original 
reference for systems and data sources. 

Finally, it has to be noted that the range of chlorophyll concentrations (e.g. Figures 4 and 5) is 
largely what would be considered mesotrophic (mean 4.7 jig L'\ range 3-11) to eutrophic (mean 
14.3 jig L"^ range 3-78), with some hypereutrophic (range 100-150 jig L"̂ ). This judgement applies 
the standard lake classification (see Vollenweider 1976, Wetzel 1983, NRC 1993). Few coastal 
marine examples would be oligotrophic (by the lake standard: mean 1.7 |ig/L, range 0.3-4.5); 
Kaneohe Bay (tropical, microtidal) or offshore areas of larger, open-water temperate macrotidal 
systems (e.g. Buzzards Bay (MA), Bay of Brest (France) might qualify. More fully marine systems, 
like mid-ocean gyres (Sargasso and North Pacific) as well as some continental shelves some distance 
from land also have annual mean chlorophyll < 2 ^g L'̂  and also qualify as oligotrophic. The 
relative lack of low-N/low-chlorophyll coastal marine systems, at least among those that have been 
more extensively studied, has implications for trying to observe effects from N loading, and this is 
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next put into perspective through examination of productivity-nutrient loading trends. 

4.2. Productivity response to N loading 
It is important to derive a relationship between primary production and N loading, because in situ 

productivity in large part sets the system's organic supply and establishes a potential for metabolic 
effects (i.e. low DO, Figure 1); organic supply has been cast as a prime basis for establishing 
"eutrophication" classes (Nixon 1995). The ability to quantify the productivity-loading relationship 
suffers from the same difficulties faced in relating chlorophyll and N. Year to year variability in 
production in coastal systems can be considerable even with fairly constant loading rates, a situation 
that limits site-specific predictability. Variability occurs because many factors besides nutrient 
loading can moderate production processes and response to enrichment (e.g. cloudiness, climate, 
water stratification and circulation; in situ physico-chemical properties; as well as grazing rates and 
biological structure). Nonetheless, a relationship should be at least broadly evident because 
phytoplankton production correlates well with chlorophyll biomass. For example, Keller (1988a) 
provides an empirical regression between annual productivity (Py, g C m'"̂  y"^ using the "̂̂C 
technique) and mean annual chlorophyll biomass (B, mg Chi a m"̂ ) for data from about 9 natural 
systems and a MERL experiment: 

Py = 95.4 (±20.2) + 13.0 (±1.0) B, with n= 20, r^=0.91, standard errors in parentheses. (1) 

Using MERL studies and extensive data for Narragansett Bay from 1978 to 1983, Py was correlated 
to a composite parameter (Keller 1998b, following Cole and Cloem 1987) that recognizes not only 
the influence of B, but incorporates the influence of the depth of the photic zone (Zp) and incident 
light (lo). The resulting relationship was: 

Py = 25 (±10) + 0.3 (±0.02) B ZjJo , with n= 32, r̂  =0.92, standard errors in parentheses. (2) 

For the last century, we have known there is a connection between nutrient inputs and plankton 
productivity for marine systems (cf Johnstone 1908 or several historical considerations of 
productivity [Nixon et al. 1986, 1992]). Even so, the relationship between N input and productivity 
has only comparatively recently been quantified, and this can best be seen in a succession of 
progressive efforts reported by Nixon (1983, et al. 1986, 1992, et al. 1996, 1997). When restricted to 
those relatively few field systems—mostly for open shelf and open or semi-enclosed seas (i.e. the 
Baltic)—for which there is high confidence in estimates of total DIN inputs (including ocean 
loading) and "̂̂ C-based production, and combined with experimental MERL mesocosm data, Scott 
Nixon's analyses show a trend that would suggest a strong predictive ability (Figure 6). 

Nixon's resolution of the producers' response, because it relies on some of the most complete 
input budgets and productivity data, confirms a strong coupling, shows a strikingly tight trend, and 
has been already much cited. It draws from relatively few systems, mostly more open coastal or 
marine, and the upper end is primarily driven by MERL results. Not all estuarine and coastal 
systems will strictly abide by it, a point illustrated in Figure 6, where I have added a few other 
systems that I believe have comparable and suitable data. The first "anomalous" example included 
on the plot is for outer Boston Harbor, a highly enriched shallow coastal embayment—one of the 
few such systems where all inputs, including offshore exchange have been estimated. Production in 
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Figure 6. DIN inputs and phytoplankton primary productivity. Modified from Nixon 1997. 
Open squares are the first year of a MERL experiment (Nixon et al. 1986, Nixon 1992). Closed 
circles are various open marine systems, coastal continental shelf, or estuary systems. The 
regression shown from Nixon 1997 does not include data (all closed squares) which I have added to 
the original plot: outer Boston Harbor, Chesapeake Bay, Delaware Bay, Potomac River, and Baltic 
Sea. These additional areas have suitable data, including DIN loading estimates with offshore 
exchanges considered (Boynton et al. 1995, Nixon et al. 1996, Kelly 1998, Nixon 1992). 
Chesapeake uses 0.7TN to estimate DIN, from Boynton et al. 1995 (following Nixon et al. 1996). 
Data for Boston Harbor are for the northern outer harbor where production measurements were made 
(Kelly 1998). Note that with plots like this we are trying to derive the response to N as the primary 
stimulant; there are other nutrients and inputs occurring in both experimental and field situations. 

Boston Harbor appears distinctly low compared to the prediction. Kelly and Doering (1997) 
suggested this might be due to light limitation or a short water residence time. If the plankton 
doubling times are not always shorter than the water residence time, then the plankton population 
will be regulated by "washouf of cells to the offshore. The physics in such a case does not allow 
higher production because the population level to support it simply cannot accumulate. Boston 
Harbor stations have low chlorophyll for their nutrient levels, which is consistent with a lower than 
expected cell buildup and in situ production rate, but data otherwise seemed to follow the basic rules 
of chlorophyll-production relationships that apply to most other coastal waters (Cole and Cloern 
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1987; Keller 1988a,b; Kelly and Doering 1997). We should indeed look at other factors to explain a 
situation like Boston Harbor, rather than think the anomaly contradicts the general prediction of 
increasing production with increasing input. On the other hand, we also know that there are upper 
limits on production (e.g. Bannister 1974) and the increasing trend will not go without bounds, as 
self-shading by bloom conditions will become a factor (Wetzel 1983). The MERL mesocosms 
operate with strong vertical mixing and a favorable light environment for plankton, so the upper 
treatments may be more productive than can be achieved in many field settings. However, 
treatments showing >900 g C m-2 y-1 (Figure 6) are higher than those used in the model to estimate 
them and seem inconsistently high compared with another measure of metabolism (Nixon 1992), so 
there is reason to view them with caution. There are some natural systems with apparent loading 
rates that exceed the upper end of the MERL experiment (Jaworski 1981), Monbet 1992), but I am 
unaware of production estimates for them, excepting the Boston Harbor example. 

A second "anomaly" is Chesapeake Bay. It has been noted (e.g. Boynton et al. 1982, Nixon 
1992) that this bay's chlorophyll and productivity ranges are relatively high for the input of N, as 
shown on the plot. The same appears to be true for the Baltic Sea, although less pronounced. 

The main trend and deviations of Figure 6 are usefully put in another perspective (Figure 7). 
Following an earlier paper (Kelly and Levin 1986), I have overlain production data for freshwater 
systems (using P loading) with coastal and marine systems (using N loading) by rectifying the axis 
to a Redfield ratio (N:P =16:1, by atoms). From the previous summary, 1 excluded a couple lakes 
where production data had included macrophytes or other producers in addition to plankton. For 
lakes, instead of actual N input, one is simply representing the P input times 16, which is the 
necessary N equivalent for the average marine or freshwater plankton tissue (e.g. Schindler 1974, 
Hecky and Kilham 1988). This approach is preferable to using actual N inputs to freshwaters, since 
lakes are usually responsive to P and can make up for N-deficiencies by N-fixation, which is often 
not measured as a loading term (see Howarth et al. 1988). 

Figure 7 also shows predictions of pelagic primary production (PP) based on the empirical lake 
model of Vollenweider (1979—see Wetzel 1983). This is of the form: 

PP (g C m-̂  yf^) = 6.985 (X^^V(0.29 +0.1 IX^^^) (3) 

where 

X= [P,]/(1+Vr,), (4) 

based fiirther on P, = average P inflow concentration and T^ = average residence time. X is the 
"expected" or predicted P concentration for the water body (see Wetzel 1983). 

Using this empirical model, aquatic production has been forecast several water residence times (1 
week to 10 years) and a standard depth of 5 m, typical of many coastal systems. A projection for a 
longer residence time (20 y) and depth (50 m) appropriate for some lakes and the Baltic Sea, is also 
shown. The PP prediction is actually based on X which estimates in-lake concentration, not loading. 
From it, one can back-calculate to units of areal loading and plot results consistent with the standard 
expression that has been used in marine studies (Figure 6). The formulation, within the bounds of 
parameters chosen, encloses most of the lake data (from which it is generally derived); use of longer 
residence times would include virtually all of it. 
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Figure 7. Production-loading response in aquatic ecosystems. Lakes (closed triangles) are 
overplotted on the estuarine/marine data of Figure 6, by converting P inputs to the equivalents needed by 
phytoplankton (Kelly and Levin 1986). Using a classic empirical model for lakes (see text), which recognizes 
the influence of water residence time and depth, the plot shows lines of predicted production for conditions, as 
a function of nutrient input on an areal basis. The family of solid curves shows different water residence 
times for a 5-m water depth. The unmarked dotted curve below the 1-y, 5-m projection represents a 20-y, 50-
m condition, such as the Baltic Sea. 

There are a number of messages to be gleaned from this exercise. One is the notion pointed out 
above with respect to Figures 2, 4, and 5— t̂hat coastal systems generally receive high nutrients and 
are not like oligotrophic lakes. The more rapid rise in production that is apparent from the least-
loaded freshwater systems cannot be assessed for coastal systems because, on this scale, no such 
poorly loaded ones are studied. Even a prehistoric input estimate to Narragansett Bay, about 0.27-
0.33 mols N m"̂  y'̂  (Nixon 1997), is an order of magnitude higher than equivalent loading to 
oligotrophic lakes. 
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Secondly, it has often been noted that the range of production in marine coastal systems is not 
very large, especially in comparison to loading (e.g. Nixon and Pilson 1983, Nixon et al. 1986, 
Oviatt et al. 1986, Nixon 1992). The regression of Figure 6 shows the relation is non-linear and 
there is only a factor of 4.4 increase for each order of magnitude increase in loading. From the 
perspective of Figure 7, this range of production and degree of stimulation is consistent with the fact 
that the coastal marine systems are biased to the upper half of the general aquatic nutrient saturation 
curve, a non-linearity that would be more evident if the plot were not on a log-log scale. Both lake 
and marine studies recognize a self-shading effect begins to limit phytoplankton at very high nutrient 
levels. An appreciation for the difficulty of sorting out a production increase "signal," amidst the 
"noise" of system differences (and potential signal modifiers) is gained, and the role of the MERL 
mesocosm experiment in defining an unambiguous response is recognized. 

Thirdly, lakes and coastal systems may be described by the same simple rules—loading, depth, 
and residence time—once critical limiting nutrients are accounted for. Hecky and Kilham (1988) 
point out fundamental similarities in physiology between freshwater and marine algae, and perhaps it 
should not be surprising that the two conditions could fundamentally follow the same model. But to 
my knowledge, this has never been fully recognized and Figure 7 is the first suggestion this may be 
so. The freshwater model curve pretty well predicts Nixon's trend for conditions of a 1-month water 
residence time and a 5-m water column, which is basically the configuration of the MERL nutrient 
gradient experiment (Figures 6, 7). The model does not, however, duplicate the trend for the upper 
two MERL points, although it is a near-perfect hit for the very enriched outer Boston Harbor (2-d 
residence time, 5-m depth). The Baltic Sea, with a 20-y, 50-m condition is predicted. By the model, 
the Chesapeake Bay (~8-mo, 6-m depth) should indeed have higher production than the MERL trend 
and the match for the Chesapeake is close; it would improve if TN input (rather than DIN, -0.7 TN) 
had been used. 

There is undoubtedly room to review more coastal data and improve model formulations, but the 
principal lesson from Figure 7 involves water residence time. A linchpin of the lake model concept 
is that internal system physics modifies loading to produce different concentrations of nutrients 
maintained within the receiving water, to which biology responds. Evidence confirms a relationship 
between residence-time corrected inputs and in situ concentrations for open coastal systems and the 
MERL experiment (e.g. Kelly 1997a). Estuarine scientists have been slow to incorporate the 
concept, developed long ago for lakes (e.g. Dillon 1975). Part of the problem is that residence time 
in estuaries is not dictated just by freshwater throughput as it is in lakes, and it has been difficult to 
come to grips with this. Tidal inflow and mixing are significant and in very many cases the 
"freshwater residence time" is much longer than the true estuarine water residence time. Some 
physical oceanographers (Geyer et al. 2000) provide a perspective: "One of the most important 
quantities relating physics to the ecology of estuaries is residence time. A widely cited example is 
the work of VoUenweider (1976), who demonstrated that in lakes it is not just the nutrient loading, 
but rather the product of nutrient loading and residence time that determines the impact of 
phytoplankton production. Unfortunately, estuarine physicists have been rather unenthusiastic about 
attempting to quantify residence time, due in part to how easily misinterpreted a single number 
would be in characterizing the complex exchange processes that influence an estuary." 

While "more effort should be placed in developing more accurate and sophisticated approaches to 
estimating residence time" (Geyer et al. 2000), there are already simple box-modeling techniques to 
derive estuarine water residence times useful for exercises like Figure 7 (e.g. Officer 1980, Pilson 
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1985, Doering et al. 1990, Asselin and Spaulding 1993, Smith 1993, Kelly 1998, Hagy et al. 2000). 
Such studies, along with results in some cases of complex hydrodynamic mixing models, are the 
basis for residence-time corrections used by Nixon et al. (1996) in assessing estuary retention of 
nutrients, in characterizing the anomalies of Figure 6, and later in this chapter. 

4.3. Dissolved oxygen (DO) response to N 
The most obvious concern of an adverse ecological effect with N enrichment is development of 

low DO (hypoxia) or even anoxia (no oxygen) in the water column of coastal marine systems. The 
fundamental conceptual model for the effect of nitrogen on DO is simple. Nitrogen stimulates 
primary production (i.e. it causes "eutrophication"). At some point of stimulation, the associated 
respiration rate of accrued autotrophic biomass begins to exceed the capacity of the water body to 
replenish itself by re-aeration and equilibration with the atmosphere and DO concentrations can fall 
to hypoxic or anoxic levels. A water column concentration of DO > 0 but <2 mg L"̂  is the common 
definition of hypoxia. Most often noted in stable bottom waters of vertically stratified systems (and 
thus affecting sessile benthic organisms), hypoxic/anoxic levels can also occur throughout the water 
column, even in vertically well-mixed conditions. It is, of course, true that DO concentrations often 
go to zero within mm's or em's of the surface of soft-sedimentary deposits. Benthic infauna, which 
live in these sediments and which cannot easily move to avoid conditions, can tolerate low DO (even 
hypoxia) in the overlying water column. For example, Rosenberg (1980) suggested -2.8 mg L"̂  as a 
limit noted for coastal benthic communities, and later (Rosenberg et al. 1991) lowered this limit to 
an overlying water exposure of 1.4 mg L"' for several days to weeks, using shallow shelf organisms 
tested within their natural sediment environment. Many US states have long used 5 or 6 mg L"̂  as a 
standard, recognizing that the lower thresholds for biological effects are higher in sensitive species 
and sensitive life stages (e.g., NRC 2000), including species which live within the water column, 
where DO concentrations are measured. Bricker et al. (1999) recognized this in the National 
Oceanic and Atmospheric Administration (NOAA) survey, and thus characterized hypoxia as >0 and 
<2 mg L'\ with >2 to 5 mg L'̂  characterized as "biologically stressftil," in an effort to note different 
levels of potential DO problems. These characterizations are offered as a point of reference; it is not 
the goal of this review to develop estuarine/marine DO criteria, which is an ongoing effort within the 
US EPA. I focus on the occurrence of hypoxia/anoxia (<2 mg L"̂ ), as a very serious condition 
documented in coastal systems, and explore how it may generally relate to N loading. 

Hypoxia and a "dead zone" in the northern Gulf of Mexico have received recent attention in the 
both scientific and public sectors (e.g. Rabalais et al. 1991, 2000; CENR 2000, NRC 2000). But a 
DO problem has been found in many coastal systems worldwide (e.g., GESAMP 1990, Nixon 1998) 
and major one-time or chronic low DO events have been detected since the 1970's. Examples 
include the NY Bight, Chesapeake Bay, Potomac River, Baltic Sea, Scheldt River estuary, western 
Long Island Sound, the Venice lagoon, northern Adriatic Sea, several Alabama estuaries, Pamilco 
River, Providence River, and Hudson River areas (Falkowski et al. 1980, Officer et al. 1984, Oviatt 
et al. 1984, Larson et al. 1985, KuUenberg 1986b, Turner et al. 1987, Justic et al. 1987, Parker and 
O'Reilly 1991, Stanley and Nixon 1992, Nixon et al. 1996, NRC 2000). 

A recent Science news article (Malakoff 1998) suggested the Gulf of Mexico hypoxia was one of 
more than 50 coastal regions worldwide experiencing severe oxygen decline. A citation for these 50 
systems was not given, but worldwide the number of coastal systems and the total area presently 
affected or vulnerable to low oxygen in the near future is certainly substantial. In the US alone. 
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NOAA's National Estuarine Eutrophication Assessment survey (Bricker et al. 1999) categorized 42 
of 121 estuaries (-35%) with sufficient information as having "moderate or high" depression of DO 
concentrations. The NOAA survey relied on conditions described by regional experts with extensive 
first-hand knowledge of each estuary. A US EPA Environmental Monitoring and Assessment 
Program (EMAP) statistical study (Summers 2001) has just reported results of an unbiased random 
sample (n = 1,133 stations) of 1,516 Atlantic (south of Cape Cod) and Gulf Coast estuaries. The 
study included a total of 74,744 km^ (42 large estuaries [>250 km^], 1464 small estuaries [2-250 
km ]̂ and tidal portions of 10 large tidal rivers). Stations were sampled between 1990 and 1997 in 
late summer, when DO problems tend to be most pronounced. The spatial distribution of stations 
with measured hypoxia was centered among northern Gulf of Mexico estuaries and Chesapeake Bay 
sub-estuaries, with a sprinkling in the Florida and NY/southern NE regions. The EMAP study 
estimated that 4% of the represented area had hypoxic conditions and another 16% had DO 
concentrations between 2 and 5 mg L•^ Thus, an estimated -3000 km^ was hypoxic and a total of 
-15,000 km^ with DO within a threshold range for biological responses. In comparison, the Gulf of 
Mexico hypoxic zone may cover up to an additional -20,000 km of the Louisiana continental shelf 
adjacent to the Mississippi and Atchafalaya River deltas (Rabalais et al. 2000). 

The inherent vulnerability of systems to low DO events must vary, independent of the N delivery, 
because factors such as climate, river flow, tides, physical oceanography, individual bathymetry, and 
geomorphology have influence through constraints on flushing, stratification, and temperature (as a 
regulator of metabolic processes). Such processes are usually mathematically formalized in 
sophisticated, coupled hydrodynamic-water quality models or even in simpler DO models (e.g. 
Officer et al. 1984). Models may not yet fully capture some finer-scale physical processes (Kelly and 
Doering 1999) nor include all significant biological structure, such as benthic grazers, which 
potentially affect DO via food web and metabolic influences (e.g., Cloem 1982, Doering et al., 1986; 
Doering et al. 1989, Simenstad 2000). In principle though, sophisticated mass-balance or process-
type models can link nutrient loading to DO response. Importantly, model formulations explicitly 
recognize that DO levels will vary with factors other than nutrient delivery or organic matter supply, 
and they can be useful sensitivity tools for that reason. Models are available and parameterized for a 
handful of coastal systems, but there are scores of coastal ecosystems for which there exists no 
calibrated or validated predictive model. Recognizing this lack, it may still be possible to examine 
time and space trends for a variety of coastal systems to make broader statements about a 
relationship between N levels and DO depression. 

Malakoff (1998) suggested there has been a tripling of reports of dead zones in the last 30 years. 
At a broad scale, such reports of hypoxia/anoxia in coastal waters map principally within the 
northern hemisphere (US Atlantic and Gulf coasts, western and northern Europe, areas of the 
Mediterranean, Japan) around industrialized regions with high human populations and downstream 
of their associated N exports (Malakoff 1998, Nixon 1998). However, it is always a quandary to 
determine if an increased incidence in part arises from looking more and the connection to a specific 
cause can be tenuous as we try to interpret, in essence, "epidemiological" data on the basis of an 
observed symptom. In the US, for NOAA's (Bricker et al., 1999) study, of the 44 (of 121) systems 
expressing what were termed highly "eutrophic" conditions, only about 22 were included for having 
a "high" or " moderately high" expression of low DO symptoms. Moreover, many systems with 
"eutrophic" symptoms may more relate to conditions other than increases in N loading (e.g. Bricker 
etal. 1999). 
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Fortunately, there is more than epidemiological evidence. It is not common to have the intensity 
of monitoring information to detect signals among the noise of natural variability, but there are cases 
of an increased scale or intensity of low DO documented within the last half century. Some cases 
show DO strongly correlated to nutrient deliveries (Officer et al, 1984, Parker and O'Reilly 1991, 
Justic et al. 1987, Boynton and Kemp 2000). 

One study, Rabalais et al. (2000), has described the Mississippi plume dynamics in the northern 
Gulf of Mexico. By patching together and comparing several time series, it is shown that surplus 
oxygen concentrations in surface water (indicator of net production from river-originated nutrients) 
peaks about one month after the Mississippi River flow peaks. A resultant DO minimum in bottom-
water follows the surface water peak by about another month, and is thus associated with decay of 
recently produced organic matter settling from surface production by diatoms. Usually coincident 
with most pronounced hypoxia is high water column stability and stratification produced by strong 
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Figure 8a. Empirical relationship between spring organic matter input and summer seasonal 
DO decline rates in bottom water at a site in the mainstem of Chesapeake Bay. From Boynton 
and Kemp (2000). The date at which hypoxia (as DO <1 mg L-1) was first encountered in years with highest 
and lowest organic matter is indicated. 
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surface-to-bottom density differences. A lighter, freshwater surface plume overlying a denser, saline 
layer creates such stratification. Importantly, the rate of N loading and the level of diatomaceous 
remains (as Si) in underlying sediments appear to increase in lock-step through the century, thus 
indicating how an increase in diatom blooms and resultant hypoxia has arisen in the latter half of the 
20* century. 

Boynton and Kemp (2000) examined a lengthy time series (1985-1992) at a mesohaline site in 
Chesapeake Bay (Figure 8a). They were able to correlate seasonal DO decline in subpycnocline 
deep water to spring bloom deposition of organic matter. Chlorophyll, primary production, and 
organic deposition were all strongly correlated with river flow, which is a primary determinant of 
nutrient input to this region. Thus, in part by proxy, higher N input and lower DO are related by a 
series of expected connections that lead to a secondary consequence from initial plankton 
stimulation. In spite of strong correlations, Boynton and Kemp (2000) note that other factors may be 
involved, such as annual variability in temperature and stratification. 

Maine 1996 study 
DO = a - b (TN) - c (FT) 

O 
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o 
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Figure 8b. Relationship observed among N concentrations, minimum DO concentrations, and 
flushing time for 15 small, short-residence time, tidally flushed estuaries and embayments. 
Adapted from Kelly 1997c, in which stepwise multiple regression analyses selected TN and flushing 
as first-order explanatory variables accounting for >60% of the variability. One point (circled) did 
not fit the trend. Flushing time is based on replacement of estuarine volume by tidal volume input 
every 12.42 h, and as such assumes complete mixing. Freshwater replacement time is much slower; 
these systems generally have low Fw/tidal volume ratios (see Figure 3 a). 

Some trends over space or across systems have been also noted. As the work of Boynton and 
Kemp (2000) and others (Jay et al. 2000, NRC 2000) tend to highlight, it requires some level of 
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"scaling" or "classification" to apply cross-system analyses most appropriately in a search for more 
generalized rules. These efforts have not yet been generally extended to examination to N-induced 
DO effects. 

Table 1: DO, nutrient loading, and other characteristics for selected coastal areas 
and a Marine Ecosystem Research Laboratory mesocosm enrichment experiment. 

System Area Depth Annual Res. ^DO Vertical ^Normalized Primary 
Avg I N loading Time status Mixing TN Loading Production 
(m) (mmolm'̂ ) (mo) status (pM) (gCm"^y'̂ ) 

""Experimental 

MERL-control 
MERL-1X 
MERL-2X 
MERL-4X 
MERL-8X 
MERL-16X 
MERL-32X 

^Field 

^Baltic Sea 

Scheldt 

'•^Chesapeake Bay 

^Potomac River 

'̂ Guadalupe 
estuary 

Ochlocknee Bay 

Delaware Bay 

'Narragansett Bay 
^Providence River 
•̂"̂ Providence Riv. 

'Boston Harbor 
•"N. Outer Harbor 

"N.Gulf of Mexico 

(m') 

2.63 
2.63 
2.63 
2.63 
2.63 
2.63 
2.63 

(km') 

374,600 

277 

11,542 

1,210 

551 

551 

24 

1,989 

328 
24.13 
24.13 

103 
13 

20,000 

5 
5 
5 
5 
5 
5 
5 

55 

11.2 

6 

5.9 

1.4 

1.4 

1 

9.7 

8.3 
3.7 
3.7 

5.5 
10 

30 

800 
1,750 
2950 
4,850 
9,000 
18,500 
34,000 

217 

13,400 

938 

2,095 

548 

2,058 

5,995 

1,900 

1,960 
13,600 
13,600 

21,600 
107,692 

6500 

0.9 
0.9 
0.9 
0.9 
0.9 
0.9 
0.9 

250 

3 

7.6 

5 

10 

1 

0.1 

4 

0.9 
0.083 
0.233 

0.266 
0.03 

% 

OK 
OK 
OK 
OK 
~H 
H 
A 

H/A 

H/A 

A 

H/A 

? 

? 

OK 

OK 

OK 
H 
H 

~H 
OK 

H/A 

mixed 
mixed 
mixed 
mixed 
mixed 
mixed 
mixed 

stratified 

?? 

stratified 

stratified 

?? 

?? 

stratified 

weak strat 
stratified 
stratified 

weak strat 
mixed 

stratified 

12 
26 
44 
72 
133 
274 
503 

81 

295 

98 

146 

322 

121 

49 

64 

17 
25 
70 

86 
27 

107 

190(100) 
270(115) 
305 (243) 
515(305) 
420(171) 
900(601) 
1150(901) 

-149-170 

? 

-380 to 520 
(361-858) 

-290 to 325 

? 

? 

? 

-200 to 400 

270 to 290 
? 
? 

? 
263 to 546 

-290 to 320 
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Table 1: (Concluded). 
Notes: 

*H= hypoxia, A=anoxia. 
Volumetric TN loading is normalized for residence time to yield an "expected" or potential concentration. The value is 
calculated as: Annual TN Loading * Residence time (expressed in years) divided by Depth. Units are thus mmol/m3, or 
HM. See Kelly 1997a,b; 1998. The value is not decremented for denitrification or burial, removal processes that have 
greater effect on concentrations in longer residence time systems (cf Nixon et al. 1996, Kelly 1998). 
•"See Nixon et al. 1984, Oviatt et al. 1986, Nixon 1992, Nixon et al. 1996. DIN was used to enrich treatment conditions 
(e.g. 1X...32X) and is represented in Figures 5, 6, and 7. TN values include input of organic forms with feedwater, which 
is only a substantial portion of input at the control and the low end of the enrichment gradient. Production for year 1 of 
experiment was extrapolated using empirical model of Keller 1988, which did not include measurements of prunary 
production above 600 g C m'̂  y ' (Nixon 1992). These values are used in Figures 6 and 7. Parenthetical production values 
for year 2 are from Keller 1988. Hypoxic and anoxic events were periodic, not chronic. 
**Except for Providence River, Boston Harbor and Gulf of Mexico, loading is TN as reported by Nixon et al. 1996. With 
noted exceptions for individual systems below, see Nixon (1992, 1997) for productivity references. 
'Also see Ebngren 1989, Cederwall and Elmgren 1990, Rosenberg et al. 1990. Table value for TN loading from Nixon et 
al. 1996 is lower than DIN input in Nixon 1997 plot, which included N input across the halocline. Lower value is labeled 
in Figure 6. 
^Also see Boynton et al. 1995, Boynton and Kemp 2000; historical Chesapeake production range (parenthetical) is from 
Boyntonetal. 1982. 
^Mamstem stratification, increasing anoxic extent; Officer et al. 1984, Boynton and Kemp 2000. 
""Top line is for dry flow, bottom line is for wet flow. 
'Only strongly stratified by freshwater at head of Bay in Providence River area, see notes j , k below. Production range is 
from Nixon 1997 (does not include historical pre-settlement estimate of 120-130 g C m'̂  y'). 
^Oviatt et al. 1984, Doering et al. 1990, Asselin and Spaulding 1993; TN loading from seaward and landward inputs, avg 
residence time (2.5 d), low DO in 13-15 m channel. 
"̂ Uses longer 7-d residence time during very low flow conditions, Asselin and Spauling 1993. 
'TN budget includes direct estimate of ocean loading as well as land loading. Nixon et al. 1996 gave a 
preliminary budget; table shows improved budget of Kelly 1998. Freshwater stratification and near 
hypoxia/occasional hypoxia only occur in inner Harbor. See Signell and Butman 1992 for flushing 
estimate of whole harbor. 
"Northern harbor section , Kelly 1998. Harbor station production of Kelly and Doering 1997. 
"Area represents greatest measured extent of hypoxic zone. Higher production is for immediate plume 
(Rabalais et al. 2000). TN loading is to a 20,000-km^ hypoxic zone only (and thus is a maximal rate) 
based on Mississippi/Atchafalaya input of 130 x 10̂  moles y"* (Howarth et al. 1996; Turner and 
Rabalais 1991). Rate is consistent with long-term average (1980-1996) estimated by CENR 2000 of 
1,567,900 metric tons y'\ 
^Assumed a 6-mo residence time (-seasonal turnover)/or illustration only, if longer, then normalized 
concentration would increase accordingly. 

There is compelling experimental evidence on the relationship between N loading and low DO. 
A MERL nutrient gradient experiment produced oxygen problems at its upper N loading levels, > 
9,000 mmol TN m" y"* (Oviatt et al. 1986). Low DO was also concomitant with primary production 
that reached at least 400 g C m'"̂  y"̂  but the two most enriched MERL treatments, which had more 
severe, chronically-low DO, averaged production rates above 750 g C m"*̂  y"* for the two years it was 
measured (Oviatt et al. 1986 and see Table 1). In contrast to many natural systems where DO 
problems are known, the MERL studies were conducted using (intermittently) well-mixed 
mesocosms with a 5-m deep water column and underlying active and functional benthic community 
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(e.g. Nixon et al. 1986, Kelly et al. 1985). 
I have brought several pieces together to explore patterns across experiments and field data 

(Table 1). Included are natural or experimental systems having the most complete N loading (total 
N) and budgets available in the literature, each with indirect or direct estimates of ocean N loading. 
Not all of these systems have DO problems, but many do. Summarized systems have great 
diversity—in latitude (Baltic to Gulf of Mexico), size (for natural systems, 10s to 100,000s of km ), 
depth (1 to 55 m), estuarine residence time (days to years), and vertical stratification (well-mixed to 
strongly stratified). Areal TN loading rates have a wide range (217 to 107,692 mmol N m"̂  y'^). 
Table comparisons indicate DO problems in some low to medium loaded systems (Baltic, 
Chesapeake), but not necessarily all those with higher loading (e.g., Delaware Bay or Narragansett 
Bay), which illustrates some of the difficulty of defining directly an N loading-DO relationship. 

In spite of all their differences, systems with DO problems may share a similar residence-time 
corrected loading, or "expected" concentration. The "expected" concentration of Table 1 is a simple 
correction of areal N loading for residence-time and depth, a parameter that correlates well with 
observed mean in situ N concentrations in some coastal systems (Kelly 1997a, b). This is a similar 
scaling concept analogous to that used in Figure 7 and explored by others (e.g. Valiela and Costa 
1988; Kelly 1998; Boynton and Kemp 2000). A rough hypoxic threshold value, scanning the data of 
Table 1, might be on the order of 80 |iM. There are several important issues of scale. First, 
Providence River has a DO problem compared to its parent system and also a higher "expected" (as 
well as measured) concentration (Table 1). In contrast, the outer Boston Harbor region itself does 
not itself have a DO problem and its value is lower than its whole parent system (Table 1). Both 
these sub-area observations support a threshold concept. Second, freshwater residence time in the 
Providence River strongly affects the expected value (Table 1) and it may be significant to 
occasional development of hypoxia/anoxia. This is a phenomenon similar to that described recently 
by Howarth and co-workers (in NRC 2000) for low flow conditions in the Hudson River estuary; in 
that case not only was residence time affected by low flow but other elements of the hypoxic recipe, 
stratification and primary production, both increased. Third, note that "illustration" value calculated 
for the northern Gulf of Mexico uses various assumptions that should be challenged. Input occurs to 
an area larger than the immediate hypoxic zone, so loading must also be lower; I do not know of an 
estimate for residence time in this open shelf situation and just assumed a seasonal turnover. Lastly, 
a suggested value near 80 for stratified natural systems is lower than indicated for the well-mixed 
conditions of the MERL experiment, where low DO was produced at values >130. If the very 
speculative concept were valid, it would operate mechanistically through an influence of residence 
time on production (as per Figure 7). It is clear that hypoxia occurs at lower primary production 
levels in stratified natural systems than it took in well-mixed MERL conditions. Production ranges 
for each system are large. If hypoxia occurs more towards the higher end of most systems' range 
(Table 1), we could tentatively place most hypoxia-associated conditions with production >300 g C 
m" y" . The Baltic Sea would be a distinct exception. Possibility, the very long residence time 
allows greater long-term accrual of organic material, so legacies of past production help promote 
low DO. This is unproven, as is a distinct threshold of production to produce hypoxia. The simple 
point is that DO problems obviously occur at different levels of (area-based) N loading, so a 
consideration of flushing and residence time, through effects oiT production, seems a logical aspect to 
explore. 

Besides production, the strength and spatial details of stratification, among others, are factors 
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influencing DO (e.g. Turner et al. 1987, Kelly and Doering 1999). A pattern like Figure 8b might 
arise in part through flushing effects on stratification. Also, temperature, turbidity or periods of 
cloudiness, or even shallowness itself may also be key factors. The growth of macroalgae and 
associated hypoxia in shallow water may occur at lower levels of N than it takes to produce hypoxia 
in deeper areas (see Section 4.4). In contrast, grazing by benthic filter feeders may moderate 
enrichment effects of chlorophyll or productivity (e.g. Cloem 1982). Ultimately, we have to 
recognize that N loading and productivity create only a potential for lowered DO; to develop 
quantitative relationships we need continued work to classify systems by attributes which make a 
DO problem be more or less likely. 

4.4. Benthic primary producer response (SAV, macroalgae) to N in shallow systems 
There are a number of excellent site summaries and reviews of submerged (often called 

submersed) aquatic vegetation (SAV) and macroalgae in coastal systems—freshwater, estuarine, and 
marine. SAV is a broad term that includes seagrasses (marine angiosperms) as well as freshwater 
macrophytes which are found in fresher regions of estuaries (e.g. Dennison et al. 1993 Studies 
describe many facets of SAV: the ecological importance of rooted macrophytes and seagrasses in 
coastal water; temporal patterns of seagrass decline, including possible relationships to nutrient 
loading, water quality, or other historical factors; potential for recovery from anthropogenic 
nutrient/sediment loads; and still other studies describe the stimulation of nuisance blooms of 
macroalgae by nutrients in shallow coastal systems, including coral reefs. The reader is referred to a 
number of examples (Thayer et al. 1975, Zieman 1982, Sand-Jensen and Borum 1991, Stevenson et 
al. 1993, Dennison et al. 1993, Duarte 1995, Valiela et al. 1997, Lapointe 1997, Stevenson 1988, 
Fourqurean and Robblee 1999, NRC 2000). 

SAV is ecologically significant. It is important to waterfowl, it affects water quality by buffering 
turbidity in estuaries, contributes very high primary productivity and feeds a significant food chain 
through (mostly) detrital pathways, and offers habitat for adult fish and shellfish as well as nursery 
for many juvenile or larval forms. As an example. Heck et al. (1995) suggests that eelgrass habitat 
can support macroinvertebrate production (prey items for fish) that is disproportionately large 
compared to unvegetated areas (intertidal and subtidal muds). SAV can dominate overall secondary 
productivity of shallow estuaries even when its areal coverage is as low as 10% , and its contribution 
to the consumer food web can be more significant than implied by its level of contribution to 
primary production. Simply put, concern for SAV decline or loss focuses on the loss of all the stated 
functions above, especially for the food web (fish and shellfish) supported by its presence. 

The evidence for SAV response to nutrients goes beyond epidemiological and anecdotal site 
trends, and there are a number of detailed examples, worldwide, of coastal SAV decline in the last 
half century, in Europe, North America, and Australia (e.g. Orth and Moore 1983, Costa 1988, 
Valiela et al. 1992, Dennison et al. 1993, Fourqurean and Robblee 1999). Throughout history there 
have been other causes of seagrass declines, but many during the last half of the 20̂ ^ century have 
been linked to nutrients, specifically N. A variety of controlled experiments, including in 
mesocosms, have confirmed a link to N and the qualitative sequence of events with increasing 
loading (cf Kemp et al. 1983, Twilley et al. 1985, Short et al. 1995, Taylor et al. 1995a,b). Based on 
various site trends, comparative analyses, and experimental evidence, Duarte (1995) determined that 
there was "an adequate empirical basis to formulate qualitative predictions on the direction of 
change in submerged vegetation upon nutrient enrichment," but there was a lesser basis to predict 
recovery with lessening of nutrient loading. 
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Figure 9a. General pattern of changes among primary producers with increased nutrient 
loading in shallow aquatic ecosystems. From Sand-Jensen and Borum (1991). Conceptual progression 
based on summary of data for temperate lakes. 

It has been noted that changes in SAV are not gradual, but have thresholds and appear as step 
changes with a sudden shift in vegetation, implying both direct and indirect effects are at play. A 
principal mechanism for nutrient effects on SAV is uniformly recognized as a secondary 
consequence of enrichment of other primary producers. Hansson (1988) confirmed that under very 
low nutrient conditions in lakes, benthic algae can access nutrients from sediments and have a 
competitive advantage over planktonic algae, whose advantage grows with nutrients in the water 
column, due to their superiority of access to light. Similar concepts apply where principal benthic 
producers are rooted macrophytes or seagrasses (Figure 9a). Direct nutrient stimulation of plankton, 
periphyton on sediments, epiphytes on the vegetation, or other algal, emergent, or floating 
overgrowth induces light limitation of the seagrass or macrophyte, rooted to the bottom and thus 
subject to shading by unattached forms. Some studies also suggest that algal stimulation can affect 
root metabolism and indirectly affect SAV and there is some variability in the paradigm that may be 
induced by the effects of grazers on different producer forms. But the simple progression of Figure 
9a, long described as a freshwater eutrophication paradigm (Wetzel 1983), appears applicable to 
estuarine areas (Stevenson 1988, Sand-Jensen and Borum 1991) and has been a principal conceptual 
foundation of studies examining SAV decline. 



234 

Figure 9a is fundamentally similar to trends established for a shallow southern Massachusetts 
estuary (Figure 9b), although the "emergent/floating" macrophyte forms are replaced by nuisance 
macroalgae (e.g. Cladophora, Gracilaria sp.) with high nutrient uptake rates. In Waquoit Bay, 
eelgrass was shown to decline from 1951 to 1987, from an extensive spatial coverage to restriction 
to a small patch near the mouth of the estuary. Duarte (1995) compared producer forms (seagrass, 
macroalgae, phytoplankton) in terms of various physiological properties in relation to the 
environment (light, nutrients) to suggest that macroalgal forms have physiological advantages over 
seagrasses in N-loaded systems, being more nutrient- and less light-limited. The Valiela et al. 
(1997b) trends in Waquoit Bay fundamentally followed the qualitative predictions of Duarte (1995). 
Sub-estuary data (Figure 9b) suggest that at only modest nitrogen loading enrichments, macroalgae 
replaced eelgrass, and increased watershed N inputs could be isotopically linked to all producers. 
Previously, Valiela et al. (1992) showed that enhanced macroalgal development facilitates 
development of anoxia, a mechanism to promote problems inherent to shallower systems that may 
not be captured in previous DO discussions (Table 1). Anoxia is among several ecological 
process/food web changes accompanying the shift to macroalgal dominance that are consequential to 
commercial shellfish populations (Valiela et al. 1992). 
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Figure 9b. Trends in primary producers with increased nutrient loading: an example from 
three sub-estuaries of Waquoit Bay, MA. From Valiela et al. (1997b). The position of three short-
residence time sub-estuaries (S, Q, C) placed along a loading axis. Note: 1 kg ha"' is about ~7 mmol N ml 
Eelgrass {Zostera marina) decline is rapidly promoted; >50% relative reduction is >700 mmol N m l A 
speculated threshold for full phytoplankton domination is ~ 3500 mmol N ml 

Consistent with a theoretical succession which shifts, essentially from nutrient to light limitation, 
various studies have noted that seagrasses colonize to a depth with a certain light level. 
Requirements are species-specific, but it tends to average about 11% of surface light (Duarte 1995). 
Negative relationships between nutrient concentrations and the depth limit of benthic macrophtyes 
have noted. Decline in seagrass beds sometimes has been observed from depth shoreward as 
phytoplankton and epiphytes reduce available light. Related to this effect, the bathymetry of 
vegetated area can affect the pace and spatial distribution of seagrass decline and resultant patchiness 
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in different systems. This phenomenon contributes to a lack of a general quantitative relationship 
between SAV declines and N loading (Duarte 1995). 

There is, however, some information to draw on. For example, the data of Figure 9b can be used 
to place some bounds on thresholds for change eelgrass and macroalgae, in response to N. A value 
of <700 mmol m'"̂  yr"̂  (converted from Figure units of kg ha'̂  y'̂  to be consistent with other 
expressions in this chapter) is suggested for eelgrass decline and macroalgal dominance. Given a 
very short water residence time (~l-4 d) and shallow water depth (0.9 m) (Valiela et al. 1997b, Jay 
et al. 1997) this value would equate to a residence-time and depth normalized loading of about 4 |xM 
(cf. data of Table 1). In a rough sense this expectation seems consistent with conditions in the main 
body of Waquoit Bay where there was a vestige of seagrass bed still remaining in 1987. This sub-
area has higher salinity, low chlorophyll (-3-5 jig L'̂ ), little NO3, and NH4 concentrations averaging 
perhaps 2 jiM or so in summer (Valiela et al. 1992). N concentrations increase upstream into fresher 
water and this is where extensive Cladophora mats are found, where water concentrations average 
perhaps 20 ^M (Valiela et al. 1992), or roughly consistent with expectations for a 3500 mmol m""̂  yr" 

threshold implied as the edge of phytoplankton dominance (Figure 9b). 
Another extended example for assessing thresholds comes from Chesapeake Bay and its subareas. 

Brush and Hilgartner (2000) present a record of SAV in the upper Bay since the 1600s, from paleo-
evidence of SAV seeds in sediments. SAV distributions have high variability in space and over 
time. Nonetheless a distinct threshold is suggestible in response to land use change (with 
sediment/nutrient loading increases) that began in the 1700-1800s and intensified in the last half of 
the 20^ century. The number of tributaries with SAV has decreased markedly in the 1900s. In 
1983, Orth and Moore (1983) detailed a major loss of SAV. Studies at that time and soon after, 
including controlled microcosm and field experiments, demonstrated a connection between SAV, 
turbidity, and N (Kemp et al. 1983). 

Subsequent studies have used an understanding of light requirements to define conditions where 
water quality is sufficient to support SAV (Dennison et al. 1993). By surveying nutrients, 
chlorophyll, turbidity, and light extinction at different depths and areas, studies established where 
SAV was present, or transplants were able to survive. Using an experimental field study, Stevenson 
et al. (1993) transplanted plugs of living plants {Ruppia maritima, Potamogeton perfoliatus and 
Potamogeton pectinatus) to different areas in the Choptank River, and assessed survival. The 
following water quality thresholds for survival were indicated: -15-20 mg L"̂  total suspended 
solids, 15 ^g L"̂  chlorophyll, DIN below 10 |iM, and PO4 below 0.35 îM. Stevenson et al. (1993) 
emphasize that survival may occur at lower levels than that which would instigate declines. 
Concurrent work of Dennison et al. (1993) in higher salinity areas of the Bay (York River) indicated 
a similar range for patterns of eelgrass. Zoster a marina. 

Boynton (2000) provides a final Chesapeake Bay example, for the Patuxent River. He shows a 
precipitous seagrass decline concomitant with increased chlorophyll and decreased light penetration 
from 1960 to 1970 and to 1980. During this time, chlorophyll rose from <10 to almost 30 îg L"\ 
TN loading increased from ~ 0.91 to 1.73 X 10̂  kg N yf* from 1963 to 1985-86 (Boynton et al. 
1995). Using dimensions from Boynton et al. (1995) and the estuarine residence time recently 
estimated by Hagy et al. (2000), one can calculate the TN loading range as: -515 to 980 mmol m'̂  
yr"\ With a mean depth of about 4.8 m and median estuarine residence time of 25 d, calculations 
suggest an increase in residence-time corrected, volumetric loading from ~7 to 14 |iM over the 
period (see above, and Table 1). These values coincide with DIN concentrations near 10 |xM in 
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1969 (cf. Nixon and Pilson 1983, Boynton et al. 1982), increasing to an average DIN value of-15 
|iM in 1985-86 (Boynton et al. 1995). Interestingly, these values all surround the survival conditions 
suggested by Dennison et al. (1993) and Stevenson et al. (1993). 

There are other examples of trends, both response and the recovery, for both seagrass decline and 
macroalgal problems. For example, with lowering of chlorophyll levels to a target 8 |ag L" , seagrass 
recovery appears to be proceeding, after a lag, in Tampa Bay (NRC 2000). More examples should 
be used to develop appropriate comparisons of threshold levels of loading for different systems, 
SAV species, and geographic regions, but the few examples here suffice to put the problem in some 
quantitative perspective in relation to other effects (Section 5). 

Before leaving SAV effects, it is worth considering in concept possible differences across 
systems. Valiela et al. (1997b) discuss two factors. First, they hypothesize that presence of fringing 
sah marsh may intercept groundwater and surface flows and lead to denitrification along the flow 
path; thus variations in the area of tidal salt marshes in an estuary could affect its vulnerability by 
affecting the eventual loading to the estuarine receiving waters. Secondly, Waquoit Bay has a short 
water residence time (-1-2.5 d); phytoplankton have less ability to respond to nutrients at these very 
short residence times. This may exacerbate the ability of macroalgae to replace seagrasses in this 
estuary, compared to those with longer residence times, where phytoplankton may more easily 
dominate and shade both seagrass and macroalgae, at relatively lower input rates. 

4.5. Phytoplankton species response to N, stimulation of "harmful algal blooms" 
There are a variety of nuisance algal blooms (such as blue-green algae) which cause aesthetic and 

other problems, generally in only the oligohaline portions of estuaries (salinity of 0-5 PSU) (Paerl 
1988). Of more concern to this review are saline forms, which characteristically include 
dinoflagellates. There are nearly two dozen noted genera of phytoplankton that produce potent 
toxins, including ones historically called "red tide" dinoflagellates (Anderson and Garrison 1997). 
There are species-specific toxins, which include those named for their symptomology in human 
consumers: paralytic, neurotoxic, amnesic, and diarrhetic shellfish poisoning (respectively, PSP, 
NSP, ASP, and DSP). There are endotoxins that accumulate through the food chain (and thus to 
commercially sought fish and shellfish species) and there are exotoxins that are exuded in the water. 
But not all "red tides" or dinoflagellates are harmful, not all toxic species are dinoflagellates (e.g. 
cyanobacteria of the genus Trichodesmium, diatoms of the genus Pseudo-nitzchia, prymnesiophytes 
of the genus Phaeocystis —various references in Anderson and Garrison 1997, such as Turner and 
Tester 1997), and not all problem species discolor the water at all (or are "brown tides"). Blooms 
also can disrupt normal filter feeding or grazing, change the food chain, foul beaches, or through 
rapid accumulation and decay cause acute DO problems. Thus, the term "harmfiil algal bloom(s),"or 
HAB(s), was coined to include species-level growth that is toxic, hypoxia-inducing, or food-web 
disrupting. Many HABs are elusive in the sense that they exist in some type of resting stage (such as 
a cyst), which can lay dormant in sediments, until it "excysts" and provides a seed population in 
favorable conditions. The triggers for this action are not well understood, but cysts are a mechanism 
for remaining in a location for a long time once advected or carried there (in ballast water?) and 
established. The various known mortality modes and impact mechanisms of HABs are summarized 
in Anderson and Garrison 1997 (cf. Smayda 1997). In broadest use, HABs includes both microalgae 
and macroalgae; the latter has been included in the previous Section (4.4.). Many microplankton 
HABs problems occur in slightly deeper coastal waters, so there is often a physical separation in 
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potential SAV/macroalgal and HAB effects, whereas DO effects can occur in both shallow and deep 
systems. 

ECOHAB (1995) and Anderson and Garrison (1997) offer excellent summaries of the problem. 
Concerns for HABs have heightened principally because the types of observed problems (numbers 
of newly-identified problems and problem species), the spatial extent or new locations of cases, and 
the incidence of reported occurrence all have expanded in the past few decades. This seems 
especially true in Western Europe and North America, where N loading increases are particularly 
notable. As an example, Paerl and Whitall (1999) examine the case for open coastal systems of the 
North Atlantic Ocean (Europe and North America), where new atmospheric inputs, in particular, 
have increased and form a substantial portion of the external N input. Concurrence of HAB events 
with high atmospheric N loading is part of the epidemiological evidence that has been compiled to 
suggest a linkage with increasing N inputs. Earlier, Smayda (1990) suggested a global epidemic of 
"novel" (-harmful) blooms and summarized evidence for increased spatial occurrence around the 
world. There was (as remains the case) provocative epidemiological evidence, but strong direct 
linkages to N loading have not been confirmed and, certainly, no cross-system comparisons can be 
developed to suggest that a certain critical N load is involved. 

There are a couple sites with long-term data sets sites showing an increased occurrence frequency 
coincident with a temporal increase in nutrient loading (e.g. Tolo Harbour, Hong Kong; Smayda 
1990). NRC (2000) cites another example from the inland Sea of Japan. Burkholder and Glasgow 
(1997) make an argument for a recently identified "phantom" dinoflagellate (with encysting form), 
Pfiesteria. They suggest that nutrients may foster outbreaks of these organisms, which can kill fish 
and also cause human health effects. Of course, there are areas of the world with increasing nutrient 
loading which do not have an increased occurrence of HAB species. In all, the challenge to 
epidemiological and time series evidence is that increasing reports could be due to increased 
attention and detection ability. 

Smayda (1990) speculated that changes in observed N/Si/P ratios in some coastal areas (with 
increased N loading) over the last few decades may be promoting growth of forms that have low (or 
no) Si requirements (e.g., dinoflagellates, Phaeocystis) over more favorable bloom diatom species 
(expected from tenets of Officer and Ryther 1980, Ryther and Officer 1991). Rabalais and Turner 
(2000) show N/Si ratio changes in the Mississippi and changes in the mix of diatom species. They 
note that some harmful forms (e.g. Pseudo-nitzchia spp. and maybe others) are more recently 
observed, but a wholesale shift to HAB forms has not been observed. Interestingly, various MERL 
mesocosm enrichment studies have never noted a shift to HABs or extensive HAB species 
development even though plankton biomass and productivity climb (Oviatt et al. 1986, Doering et al. 
1989). Moreover, there is a contrasting case. Keller and Rice (1989) noted that a brown tide 
organism (Aureococcos anophagegefferens) was present at a MERL experiment's start (from 
Narragansett Bay feedwater), in which nutrient levels and N/Si ratios were subsequently altered. 
After a brief response to initial enrichment, populations declined, appearing to be out-competed by 
diatoms; the organism did best in initial low nutrient conditions. Perhaps the simple message is that 
species-level response predictions are exceedingly difficult in complex ecosystems. 

In all, we do know that relative increases of N might selectively favor some phytoplankton forms. 
It is possible that HABs could increase as part of a general increase in the phytoplankton community 
biomass and production associated with higher N loads, as is now somewhat described (Section 4.1., 
4.2.). It is far more controversial, as there seems meager evidence, to suggest that HAB species are 
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being selectively stimulated. The contrasting physical (and chemical, ecological) conditions 
favorable to diatoms, dino-and micro-flagellates as groups have been outlined for marine systems 
(e.g. Pingree et al. 1975, Margalef 1978, Demers et al. 1986, Legendre and Le Fevre 1989). 
However, we cannot easily predict when any particular phytoplankton species among the community 
will flourish. In sum, a major concern exists, and HABs have been expanding according to available 
records, but a quantitative linkage to N for individual harmful species has not yet been confirmed. 

5. A CONCLUDING SUMMARY AND SPECULATION ON PROGRESSIONS WITH 
INCREASING ENRICHMENT 

The evidence demonstrating a variety of effects of N on coastal systems is strong, and found at 
many levels of investigation. By most accounts, the scales of the problems have been growing 
rapidly throughout the 20̂ ^ century. As summarized, we now have some general rules relating 
chlorophyll and production responses to N loading. By and large, the chlorophyll and production 
trends have strong similarity to those established for lakes. Chlorophyll and production increases are 
precursors to adverse secondary effects of concern (Figure 1), but even for these primary effects we 
do not yet have site-specific predictability. I would like to conclude with three brief summary topics 
related to this. 

One recurrent theme in this review has been the significance of physics, specifically water 
residence time. Recognition of the importance of residence time has long been woven into coastal 
studies, but only as specks of color here and there; it needs to be a dominant hue in the fabric of 
eutrophication research. We know, for example, the water residence time can affect how coastal 
systems remove N loading via dentrification losses (e.g. Nixon et al. 1996) and how it can influence 
the expression of benthic grazers on overlying plankton (e.g. Simenstad et al. 2000). We recognize 
its influence on water quality/biological dynamics and role in determining vulnerability to 
enrichment effects. Residence time has been a cornerstone of the concept of lake eutrophication, 
where general predictive relationships with residence-time normalized loading have been developed 
for chlorophyll, secchi depth, primary production, hypolimnetic oxygen depletion, and fish yield 
(e.g. Jones and Lee 1986). This summary suggests that residence time plays a very similar role in 
coastal estuarine/marine production. 

The second topic focuses on our understanding, both qualitative and quantitative, of the primary 
and secondary effects of N enrichment (e.g. Figure 1). In at least a handful of systems, enrichment 
progressions have been noted and linked to increasing nutrients, such as depicted in Figure 9 (a, b) 
for shallow systems. Observation or historical reconstruction of change shows subtle-to-dramatic 
algal increases, sharp food web shifts from benthic producers to planktonic producers and associated 
higher trophic-level organisms, and mortality from anoxia. From these, management strategies for 
specific systems have been formulated; there are examples where target reduction goals have been 
set which have helped with the problem (e.g. NRC 2000). 

There are, however, different levels of confidence in our general ability to link the response to N 
loading for the different categories of effects reviewed. Considering confidence, quantification, and 
generality of findings, I believe it reasonable to rank our overall understanding of effects (in 
decreasing order) as: 
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Chlorophyll > Primary production > DO > SAV ~ Macroalgae » HABs (phytoplankton) 

Some will argue the exact order, the middle being the contentious ranking. The ranking is not to 
imply we have strong predictive capability for any effects. For even the best of the derived 
quantitative relationships, one always seems to be able to find new, outlier systems, as examples in 
this chapter illustrate. 

The ranking, of course, suggests that the closer the effect is to the cause, the greater our ability to 
couple the two. With secondary effects, indirect mechanisms, and specific population responses, 
each highly dependent on many confounding factors, the requirements for details about the 
character, history, and structure of the system grow. Intensive studies and uniquely tailored 
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Figure 10. A speculative concept of the progression and thresholds for effects of N loading. 
Wavy lines or partial curves note possible thresholds. The sequence of arrows along a line suggesting 
hypoxia, represent (from left to right): Baltic Sea, Chesapeake Bay, Potomac River, Mississippi plume, and 
Providence River/Boston Harbor (Table 1). The partial curves for seagrass and macroalgae are based on 
description for Waquoit Bay and the Patuxent River (see test). The figure concept is borrowed from Figure 7, 
but ranges for axes have been narrowed to reflect the ranges observed in coastal systems. 
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simulation models should convince us that resolving such effects with some level of predictive 
confidence is not impossible, but takes considerable effort. The demands and precision of research 
must be balanced against a coarser level of guidance that can be effective for management action, 
where setting targets within a range can help be protective. 

With this thought, I have compiled information to illustrate where we are with respect to 
development of quantitative thresholds (Figure 10). Increasing nutrients cause various algal changes 
affecting SAV, followed or accompanied by macroalgal changes (in shallow systems), with 
hypoxia/anoxia therefore one of the later effects. I have crudely attempted to map some boundaries 
for effects over the pattern and range of N loading, water residence time, and productivity observed 
for the bulk of coastal systems. These "thresholds" should, at best, be a speculative hypothesis to be 
tested and improved. Productivity data for systems with a DO problem are from Table 1. For SAV 
and macroalgae, the domains are suggested without productivity data, i.e. only from measured N 
input and residence times. It is clear that a given effect, such as hypoxia, occurs across a range of 
areal loading rates, probably being manifest more by productivity and affected by residence time. 
The array of north temperate systems in which DO problems have been noted (Table 1) includes 
many with productivity >300-400 g C m'̂  y'\ But it is also clear that only the potential for an effect 
is suggested and not all at these levels have hypoxia (thus a wavy dotted line. Figure 10). High 
loading and very high productivity were necessary to induce a chronic DO problem in the well-
mixed MERL mesocosms. 

Some have wondered whether the suggested growing global incidence of hypoxia might be our 
figurative "canary in the coal mine." This may only be true only in the sense of presently providing 
warning of the increasing scale of coastal problems. At least for shallow systems, evidence suggests 
that before situations actually advance to a low DO problem arising from loading and plankton 
productivity, effects such as SAV loss and problem macroalgae blooms, will indeed appear. Based 
on chlorophyll data for the systems used to suggest SAV loss or macroalgal bloom thresholds, one 
would expect associated plankton productivity to be very low, as is suggested (Figure 10). We don't 
know this to actually be the case in all systems and the figure only begins to illustrate how variations 
in physics may modify a sequence of effects at a given loading rate. Overall, the illustration 
indicates a great deal of complexity still to be resolved, probably through further classification of 
systems and their responses to enrichment. Importantly, though, the illustration reinforces the notion 
it would help to have greater study of systems in different physical settings, and especially, more at 
the lower end of the coastal loading range. Many coastal areas being observed at their high present 
day levels of loading probably have passed already through a succession of changes. 

With progressive enrichment comes consequential species change, SAV being our best example. 
We have the least information on the general topic of species compositional change, and have little 
to guide us as to whether there is any threshold stimulation point for a specific biological change, 
such as HABs. This raises the third related topic. Food webs and fisheries are a fundamental 
societal concern, but they are ecologically removed from the direct effects of nutrient loading. The 
world is not lacking for evidence of fish kills, but it is fascinating that, with hypoxia and benthic 
mortality documented at a huge scale in the northern Gulf of Mexico, analyses have difficulty 
showing the effect on total fish catch even though loss decline in important species (e.g. brown 
shrimp) have been noted (CENR 2000). There are reasons that this could be so, including the 
difficulty of obtaining data on fisheries that reflect the actual conditions of the stock that assist 
detection. There may also be time lags for expression of effects in longer-lived species. Unlike 
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infaunal benthos, fish and epifaunal organisms (aduh shrimp) can move to avoid hypoxia, but with 
such a large benthic food base affected, the concerns are large for the long-term sustainability of the 
fishery and fundamental shifts in the nature of the fish consumers in the food web (Caddy 1993). In 
Caddy's view (Figure 11), there are consumer food-web changes across the loading regime (often to 
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Figure 11. A speculative concept of fisheries change with nutrient enrichment. From Caddy 
(1993). A qualitative progression was suggested from a review of patterns in different enclosed and 
semi-enclosed seas. The recent trajectory of different systems with respect to trophic status is 
indicated at the top. The bottom suggests a progression of change in the structure of food webs and 
composition of fisheries prior to a dramatic loss of yield with permanent bottom anoxia. 
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less desirable, commercially sought species), many of which become more consequential at high 
loading. The progression to anoxia, even in deeper, unvegetated systems, begins a decoupling of the 
functional connection of pelagic and benthic food webs (cf Pearson and Rosenberg 1978, Oviatt et 
al. 1986). Sediments become uninhabitable and only selected organisms thrive (less "choice" for 
some commercial fish species). Eventually, the benthos is lost totally, and further pelagic consumer 
food web changes follow, sometimes with lags typical of longer-lived species. 

Finally, Caddy's image of eventual collapse can be compared with some other noted trends. 
There appears a fundamental relationship between primary production in the water column and 
fisheries yield of different marine areas, as well as lakes (Nixon 1998). Interestingly, with 
increasing production (such as is stimulated by higher nutrients), the efficiency of conversion to fish 
appears to increase, not decrease. It has been suggested that this could relate to the nutritional 
quality (higher N for protein) of the phytoplankton (Iverson 1990, Nixon 1992). The trend compiled 
by Nixon does not in any way suggest a fisheries collapse at high production, although his summary 
does not include eutrophic/hypereutrophic areas with sustained productivity above 500 g C m" y"\ 
Judging from this level compared to Figure 10, perhaps protecting against anoxia will generally 
prevent wholesale fisheries collapse due to eutrophication, but it will not prevent shifts in fish and 
shellfish, nor the loss of some species that are most valued by humans. The next generation of N 
enrichment studies should maintain a sharp focus on these subtler food web effects of N enrichment. 
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ABSTRACT 
On a global scale, livestock farming systems contribute about 70% to the total 

anthropogenic emission of ammonia (NH3) and about 30% to the total anthropogenic 
emission of nitrous oxide (N2O) into the atmosphere. This chapter discusses the origin and 
controlling factors of these emissions, the uncertainty in the estimates, and possible measures 
that may be taken to decrease these emissions. 

Basically, livestock farming systems transform carbohydrates and protein from plants into 
milk, meat and eggs. Usually not more than 5 to 30% of the plant protein is transformed into 
animal protein, depending on animal type and management. The remaining 70 to 95% is 
excreted via urine and dung as organically bound nitrogen (N). Following its deposition on 
the floor of animal housing systems or in pastures, a major fraction of the organic N is rapidly 
hydrolyzed into ammonium (NH/). The N H / in urine and dung is conducive to volatilization 
as NH3. The N H / is also substrate for nitrifying bacteria upon aeration of the manure (dung 
and urine). The nitrifying bacteria convert NH4"*̂  into nitrate (NO3) which than can be 
converted subsequently into dinitrogen (N2) by denitrifying bacteria under anoxic conditions. 
During the nitrification of NH4^ and the denitrification of NOs', nitrogen oxide (NO) and 
nitrous oxide (N2O) may escape into the atmosphere, together also with the gaseous N2 from 
denitrification. The total loss of NH3, NO, N2O and N2 from animal housing systems and 
manure storage systems ranges from about 10% of the excreted N in dung and urine from 
dairy cattle up to more than 30% for pigs and poultry in intensive livestock operations. 
Another 10 to 50% of total N in the manure may escape as NH3, NO, N2O and N2 from the 
soil following application to agricultural land. The uncertainty in these estimates is large, 
because there are many possible sites for gaseous N compounds to escape from the livestock 
farming system, and there are also many different types of farm animals, livestock farming 
systems and manure management systems, while the number of measurements of gaseous N 
losses is still limited. 

It is suggested that the emissions of NH3, NO, N2O and N2 from livestock farming systems 
will continue to increase because of the increasing quest of animal protein by the growing 
human population, unless effective mitigation measures are implemented in practice. 
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1. INTRODUCTION 

Livestock farming systems produce milk and meat for human consumption. The milk and 
meat provide important nutritional compounds, especially protein. Nomadic derive their 
nutrition almost completely from milk and meat from ruminant animals, but for most people, 
animal protein supplements a predominantly vegetable diet with essential amino acids and 
vitamins that are in short supply in vegetarian diets. Consumption of animal proteins is related 
to human culture but also to the level of prosperity; the higher the standard of living the larger 
the consumption of animal protein. The increase in human population, together with the 
increase in the standard of living in developed countries, are the main reasons for the rapid 
growth in numbers of farm animals worldwide and also for the increased impacts of livestock 
farming systems on the biosphere during the last few decades. 

The farm animals utilize only a fraction of the plant nutrients contained in the animal feed. 
For nitrogen (N), only 5 to 30% of the amount of N in feed is transformed into animal 
products. The remainder is excreted via feces and urine, and conducive to gaseous N losses. 
Livestock farming systems are important sources of gaseous N compounds in the atmosphere. 
They emit about 22 (range 20-60) Tg NH3-N per year into the atmosphere, and contribute as 
much as 50 % of the total global emission of ammonia (NH3) into the atmosphere (Dentener 
and Crutzen, 1994). Further, they are estimated to contribute about 15 % (equivalent to about 
2 Tg N2O-N) of the total global emission of nitrous oxide (N2O) into the atmosphere (Berges 
and Crutzen, 1996; Mosier et al., 1998). 

Recent estimates suggest that about 10 to 40% of the N in livestock feces and urine is lost 
from animal housing and animal manure storage systems via emissions of gaseous nitrogen 
(Poulsen & Kristensen, 1997; Genema et al., 2000a). Losses are related to animal type, 
composition of the animal feed (mainly protein content), housing system, manure storage 
system and manure management. In addition, up to 50% of the N in manure may be lost 
following the application of the manure to agricultural land. Next, about 10% of the N in 
feces and urine deposited in pastures by grazing animals is volatilized into the atmosphere. 
Evidently, the N cycle of livestock farming systems is a leaky cycle, with many opportunities 
for the release of gaseous N forms into the atmosphere (see e.g. Jarvis & Pain, 1997 and 
references therein). 

The purpose of this chapter is to discuss the origin, importance and controls of gaseous N 
emissions from livestock farming systems. Following a brief description of the N cycle of 
livestock farming systems, we proceed with a discussion of the N transformation during feed 
digestion and of the relationship between feed composition and the composition of feces and 
urine. Thereafter, we describe the emissions from feces and urine deposited on pastures by 
grazing animals, and the emissions from manure in animal housing systems and storage 
systems. Then, gaseous N losses from manure applied to agricultural land are discussed. 

2. NITROGEN CYCLING IN LIVESTOCK FARMING SYSTEMS 

2.1. Livestock farming systems 
Livestock farming systems comprise domesticated and farmed animals and their feeding, 

housing and management, including the management of animal excrements. There is a wide 
variety in types of farm animals. Most important animal categories in terms of numbers and 
animal protein production are cattle, pigs (swine), poultry, sheep and goats. The production of 
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milk, beef, pork and poultry have become highly specialized and concentrated geographically 
in various parts of the world. Here, the animal products are produced for the (global) market, 
which is almost free. Competition forces farmers to specialize and to decrease the cost of 
production. Modem technology and transport facilities have contributed to the introduction of 
large automated housing systems that rely on imported animal feed. These developments have 
led to strong increases in labor productivity, low prices of animal products, and to a 
segregation of crop (animal feed) production systems from animal production systems. There 
is growing concern about animal welfare in modem livestock operations, about the 
consequences of modem biotechnology (hormones, antibiotics, genetically modified animals), 
and about the large scale transfer of plant nutrients with animal feed. 

Conveniently, four major compartments are distinguished in whole livestock farming 
systems, i.e. livestock, manure, land and crop (animal feed) (Fig. 1). Nutrients cycle through 
these compartments, but there are costs associated with the transfer of matter from one 
compartment to the other. Animals utilize only a fraction (5 to 30%) of the N in the feed for 
the production of milk, meat, eggs and offspring (animal products) exported from the system. 
The greater part is excreted via feces and urine, which is stored and managed for some time in 
various types of manure storage systems, or deposited directly on pastoral land and allowed to 
lie there unmanaged. The manure from manure storage systems will be applied to agricultural 
land as fertilizer to nourish the growing crop. However, only about 30 to 60% of the manure 
N will be utilized by growing crops for the production of plant protein, and only the protein in 
the harvested fraction of the crop will feed the livestock. Hence, only a minor fraction 
(usually less than 10%) of the N from manure will be exported from the farm in animal 
products; the greater part will have dissipated into the wider environment. 

purchased 
feed 

purchased 
fertiliser 

animal 
^ products 

^ gaseous 
N losses 

^ gaseous 
N losses 

gaseous N losses 
other N losses 

Figure 1. Simplified diagram of a whole livestock farming system, showing the four main 
compartments livestock, manure, land/soil and crop. The land/soil and crop compartments can 
be separated physically from the livestock and manure compartments, as is the case in 
specialized livestock farming systems without land. Arrows indicate the flows of N in 
products and as gaseous N losses. 
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Various modifications exist to the whole livestock farming system depicted in Fig. 1. In 
extensively managed rangeland systems, cattle graze on unfertilized swards. Usually only 10-
20% of the above-ground biomass herbage is consumed in one year, due to the low stock 
density (Coleman et al., 1977), except in situations with overgrazing. Total annual N input via 
atmospheric deposition and biological N fixation in and total annual N output via animal 
products from these extensively managed rangeland systems is less than 10 kg per ha per year 
(Woodmansee, 1979). By contrast, intensively managed mixed farming systems purchase 
fertilizers to boost crop production and purchase animal feed (cereals, concentrates, residues 
from food processing industry) to supplement the ration of the livestock and to increase the 
animal production. Total annual N input via purchased fertilizers and animal feed in 
intensively managed dairy and beef farming systems is in the range of 100 to 500 kg per ha 
per year, and total annual N output via animal products ranges from 40 to 80 kg per ha per 
year (e.g. Goh and Williams, 1999; Brouwer and Hellegers, 1997). Specialized livestock 
operations that are without land, purchase all animal feed and export all animal manure. These 
farms consists of just two compartments, i.e. livestock and manure storage. Total annual N 
input via purchased animal feed into these farms and total annual N output via animal 
products and animal manure from these farms can be very large. Brouwer and Hellegers 
(1997) provide N balances for these so called granivore farms in the European Union. They 
indicate that the mean difference between N inputs and N outputs exceed 1000 kg N per ha 
per year. Evidently, the potential for N losses differ greatly between livestock farming 
systems. 

2.2. Gaseous N losses from livestock farming systems 
There are many opportunities and places for N to escape from livestock farming systems 

(Fig. 1). Significant losses of gaseous N compounds may occur via volatilization of NH3 and 
via emissions of nitric oxide (NO), nitrous oxide (N2O) and dinitrogen (N2) from nitrification 
and denitrification processes. In addition, N may be lost from soil via leaching and runoff. 
The gaseous N compounds may escape from feces and urine during storage in manure storage 
systems (lagoons, pits, manure heaps, manure silos), after deposition on pastures and 
paddocks by free ranging animals and after application of manure and fertilizers to 
agricultural land. Crops, especially well-fertilized grasslands and ensiled forages may also 
emit NH3 into the atmosphere, but this amount is considered to be small. Likewise, livestock 
may emit NH3 during rumination and flatulation, but these N losses are consider to be small 
as well, and are therefore also not discussed here further. 

Volatilization of NH3 occurs at an early stage in the sequence of processes following the 
excretion of feces and urine (Fig. 2). The total loss of NH3 is related to the amount of easily 
hydrolyzable ammoniacal N in the dung and urine, environmental conditions, i.e. temperature, 
rainfall and wind, and to manure management. A significant fraction of the N in feces and 
urine hydrolyzes rapidly (within hours to days) into NH4^. The concomitant production of 
bicarbonate (HCO3') contributes to deprotonation of NH4^ and to the volatilization of NH3 
upon exposure to the atmosphere. Central to the control of NH3 volatilization is the 
composition of the animal feed and the storage and management of the manure, as ftirther 
explained below. 



259 

NHj N0 ,N20 N 0 , N 2 0 N2 

A A 4 4 

Manure N ^ NH4' 
hydrolysis 
mineralization 

j 
^ 
^ NO3 

nitrification 

1 
^ 
^ iSl2 

denitrification 

Figure 2. Sequence of N transformation processes, and the release of gaseous N compounds 
from the N in animal manure. 

Exposure to the atmosphere and treatment (aeration) of the initially anoxic feces and dung 
provide nitrifying bacteria the opportunity to utilize the energy in NH4^ and to transform N H / 
to nitrite (NO2') and nitrate (NO3"). The NO2" and NO3" may subsequently act as electron 
acceptor for denitrifying bacteria active in anoxic environments. Various intermediates and 
side products, such as NO and N2O may escape to the atmosphere in this sequence of 
processes. The emissions of NO, N2O and N2 from livestock farming systems are related to 
this sequence of nitrification and denitrification processes (Fig. 2).The release of NO, N2O 
and N2 depends on a complex of interacting factors, in which animal nutrition, animal housing 
system, manure management and environmental conditions all play a key role, as further 
discussed below. 

3. FEED DIGESTION AND NITROGEN EXCRETION 

Animals require energy, protein, water, various nutrients including trace elements, and 
vitamins for their nutrition. The value of animal feed is usually defined by the quantity of 
energy and protein that can be metabolized by the animal af̂ er the digestion of feed in the 
gastrointestinal tract. The protein value of a diet is estimated by the fraction of crude protein 
(N content x 6.25) that is absorbed from the gastrointestinal tract (Fig. 3). For pig and poultry 
diets, the protein value is also defined by the content of individual amino acids in absorbed 
protein in order to identify the amino acid most limiting protein deposition in animal products. 

3.1. Feed digestion and N utilization 
The digestion of feed by farm animals is a multi-step process that involves dynamic 
interactions among the diet, microbial populations and the animal itself In ruminants, the 
primary digestion of feed occurs by microbial fermentation in the rumen. The unfermented 
feed components and the microbial matter synthesized in the rumen are subsequently 
degraded in the small intestine by digestive enzymes secreted by the animal. Finally, a 
significant fermentation may occur in the large intestine, depending on the diet, before the 
feces is excreted. The rumen acts as an imperfectly stirred, continuous-flow reactor, whereas 
the small intestine acts like a plugged-flow reactor (e.g. Mertens, 1993; Nolan, 1993). 
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Figure 3. A schematic representation of the N flows in an animal. A distinction has been made 
between feed digestion by enzymes secreted by the gastrointestinal tract wall and 
fermentative digestion by microbial activity. In ruminants, the majority of the organic matter 
in feed is converted into fermentation end products (microbial matter and volatile fatty acids) 
because of microbial fermentation in the rumen. The importance of fermentative digestion in 
the small intestine is relatively small for ruminants as well as for monogastric animals, 
whereas it may become significant again in the large intestine, depending on the diet. 

The amount of protein that becomes available for animal use is defined by the amount of 
protein ingested minus the amount retrieved at the end of the small intestine. The true 
digestibility exceeds the apparent digestibility, because there is also a considerable influx of 
protein to the lumen of the gastrointestinal tract. This influx of protein to the lumen is caused 
by the secretion of digestive enzymes and by cells that are sloughed from the tract wall with 
passage of digesta (Fig. 3). Therefore, the net rate of protein disappearance in the small 
intestine is the net result of the rate of absorption minus the rate of endogenous loss. 

The majority of the protein in the diet of ruminants is hydrolyzed by extracellular 
microbial proteases to peptides and amino acids in the rumen and then incorporated into 
microbial protein or deaminated intracellularly to volatile fatty acids and ammonia. This 
ammonia is available for assimilation and synthesis into protein by other micro-organisms, 
but when the diet is rich in protein, the ammonia formed from deamination of excess protein 
is absorbed across the gut wall, converted to urea (CO(NH2)2) in the liver and subsequently 
excreted in the urine. Evidently, when the diet is rich in protein, animals use the protein 
inefficiently; a surplus of digestible protein ends up almost completely in urea. Therefore, 
rumen fermentation of ingested feed affects the composition of urine. In addition, extensive 
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fermentation in the large intestine affects the composition of both feces and urine. When more 
protein enters the large intestine and becomes fermented and utilized as an energy source for 
microbial synthesis, more NH4^ will be formed. This N H / will be absorbed to blood and after 
conversion to urea in the liver, excreted via urine, or it will be used by micro-organisms as a 
source of N for protein synthesis (Fig. 3). Conversely, fermentation of feed low in protein in 
the large intestine may result in a net uptake of urea from blood, to be used as an additional 
source of N for microbial protein synthesis. The uptake of urea from blood shifts the excretion 
of the N from urea in urine towards microbial protein in feces. 

3.2. Nutritional effects on N excretion 
Dairy cows deposit about 10 dung pats and 10 urine puddles per day. The N deposition 

ranges from 20 to 80 g m'*̂  in urine puddles and from 50 to 200 g m"̂  in dung pats, depending 
on animal nutrition and on the volume and spreading of the dung and urine (Lantinga et al., 
1987; Haynes and Williams, 1993). Table 1 presents ranges of the N content of urine and feces 
of dairy cows, pigs and chicken. The fraction of total N excretion via urine ranges from less 
than 40% to more than 80% in ruminants. The variation in N concentration in the urine is 
even larger because of the effects of electrolyte concentration on volume and frequency of 
urination. Typically over 70% of the N in urine is present as urea and the rest consists of amino 
acids and peptides (Bristow et al., 1992). The bulk of the N in feces is in organic form. The 
water soluble organic N compounds in dung hydrolyze rapidly, but the remaining organic N is 
resistant and it may take months to years before these compounds are mineralized (Castellanos 
and Pratt, 1981). Evidently, animal nutrition has a large influence on the total N content and 
the degradability of the various N fractions in feces and urine. 

Lowering of the protein content in the diet by changing the ratio of energy to protein is one 
of the most important dietary measures to improve the efficiency of the deposition of dietary 
protein into animal products. Total N excretion by dairy cows depends on protein content of 
the diet, animal production level and the size of the cow (Table 2). The protein content of the 
diet of dairy cattle may range from less than 15% to more than 20% (Ketelaars and Van der 
Meer, 1999), though 16% seems to be the minimum for a highly productive herd. The average 
protein content of the diet of dairy cows in intensive grassland farming systems is near 20%, 
indicating that the total N excretion ranges from 100 to 160 kg N per cow per year, depending 
on animal size and milk production level (Ketelaars and Van der Meer, 1999). 

Table 1. Composition of feces and urine from dairy cattle, fattening pigs and chicken. Range 
of values as observed in literature (after Oenema et al., 2000a) 
Animal 
category 

Dairy cattle 
- Feces 
- Urine 
Finishing pigs 
- Feces 
- Urine 
Chicken 

Dry matter 
g per kg 

100-175 
30-40 

200-300 
10-50 
200-300 

Total N 
g per kg 
feces/urine 

10-17 
4-10 

7-15 
2-10 
10-20 

Urea 
% of 
total N 

0 
60-95 

0 
30-90 
5-8 

Uric acid 
% of 
total N 

0 
0-2 

35-50 

Protein-
N, % of 
total N 

90-95 
0 

90-95 
10-20 
30-50 

Ammonium 
% of total N 

1-4 
1 

1-7 
5-65 
6-8 
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Table 2. Relationship between protein content of the diet and the total N excretion 
by dairy cows.The N excretion varies with the size of the dairy cow and with 
milk production level (adapted from Ketelaars and Van der Meer, 1999). 

Protein 
% 

15 
16 
17 
18 
18 
19 
20 

Nitrogen 
% 

2,38 
2,52 
2,66 
2,80 
2,94 
3,08 
3,22 

Nitrogen excretion, kg per cow per year 

Small cow (450 kg) 
Milk production, kg per year 

4000 5000 6000 

68 76 82 
73 81 89 
79 87 96 
84 93 102 
89 99 109 
94 104 116 
100 111 122 

Big cow (650 kg) 
Milk production, kg 

6000 7000 

98 104 
106 113 
113 121 
121 130 
129 138 
137 147 
143 154 

per year 
8000 

112 
121 
130 
139 
148 
157 
166 

Supplementing the protein-rich grass diet with protein-poor (silage) maize can strongly 
decrease the N excretion, without much effect on dairy production. Small dairy cows excrete 
less N per kg milk produced compared to big cows, but big cows produce more milk. Hence, 
less N is excreted by one big cow producing 8000 kg of milk, compared to two small cows 
producing 4000 kg of milk each, when similar diets are provided (Table 2). In the case of pigs 
and poultry nutrition, lowering the protein content of the diet may be combined with 
supplementing synthetic amino acids, that limit animal production. This allows for an even 
frirther reduction of dietary protein content without compromising animal performance. A 
lower dietary protein content results in a lower ratio of urea and uric acid N to organic N in 
the excrements. 

Effects of nutritional measures on fermentation in the large intestine of ruminants are 
relatively small because of the extensive fermentation in the rumen. Nutritional measures 
which increase the fermentation in the large intestine are particularly relevant in pig nutrition 
when substantial quantities of non-starch polysaccharides or structural carbohydrates are 
included in the diet. Bakker and Dekker (1998) offered a diet with 65% of the maize starch 
replaced by raw potato starch to growing pigs and obtained a 33% decrease in urea excretion 
via urine and a 140% increase of the amount of N in feces. Potato starch is less digestible in 
the small intestine, which delivered more fermentable carbohydrate to the large intestine. A 
larger quantity of dry matter disappeared from the large intestine and a disappearance of N 
changed into a net appearance of N. Evidently, the diet determines whether the balance 
between protein fermentation and ammonia absorption, and the balance between urea influx 
and microbial protein synthesis, result in a net appearance or disappearance of N in the large 
intestine (Van der Meulen et al., 1997). 

Inclusion of structural carbohydrates in the form of soluble pectin in the diet also 
stimulates microbial fermentation in the gastrointestinal tract of poultry (Langhout, 1999). 
Protein digestibility decreased in conventional chicks but not in germ free chicks, which 
indicates that the observed effects of structural carbohydrates have to be attributed to the 
activity of micro-organisms. The inclusion of structural carbohydrates in the diet will cause 
more N to be excreted with feces, less to be absorbed and metabolized by the animal, and 
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probably less N to be excreted with urine. Although effects on total N excretion remain small 
because urine and feces are excreted together by poultry, the relative contribution of fecal and 
urinary N may change. For example, the exchange of feed ingredients in an experiment of 
Carre et al. (1995) increased the dietary content of polysaccharides with 1%, and decreased 
fecal N digestibility with 2%. 

3.3. Nutritional effects on NH3 emissions 
The concentration of urea in the urine depends on the amount of urea (uric acid in case of 

poultry) generated by animal metabolism and on the total volume of urine excreted by the 
animal. As explained before, the more NH4^ absorbed from the gastrointestinal tract, the 
larger the quantity of urea excreted via urine. Urine volume depends mainly on the quantity of 
electrolytes (cations and anions) in the diet (Fig. 4). The concentrations of sodium (Na), 
potassium (K) and N in the urine explain most of the variation in the volume of urine excreted 
by lactating dairy cows; the more salts and N in the urine, the larger the total urine volume 
excreted. 
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Figure 4. Comparison between measured and calculated urine production by lactating dairy 
cows. Calculated values were obtained from regression analysis, according to: urine 
production (kg/d) = 0.134 (0.010) x urinary excreted sodium (g/d) + 0.061 (0.005) x urinary 
excreted potassium (g/d) +0.024 (0.007) x urinary excreted N (g/d) [R^ =0.898, SE = 4.22 
kg/d]. (Bannink et al., 1999). 
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Figure. 5. The relationship between dietary cation-anion balance (Na+K-Cl-2xS in meq/kg 
feed dry matter) and the pH of urine excreted by dairy cows (Bannink and Van Vuuren, 
1998). The following relationship was derived by regression of a logistic equation to observed 
data: Urine pH = 5.72 (0.17)+ 2.57 (0.29) / [ 1+ exp (-0.015(0.004) x (cation-anion balance] 
R^ = 0.692; SE = 0.612 

Increasing the volume of urine by increasing the amount of electrolytes in the diet, 
decreases the concentration of urea in the urine, and increases the frequency of urination and 
also increases the volume of a single urination. Such multiple and interactive effects 
complicate the prediction of the effects of changes in animal's diet on N excretion and 
especially on NH3 volatilization (Smits et al., 1995). 

The pH of freshly excreted urine mainly depends on the dietary content of electrolytes 
(Fig. 5). Though the pH will eventually rise towards alkaline values during the hydrolysis of 
urea, irrespective of initial pH, it are the initial pH and the pH buffering capacity of urine 
which determine the rate of ammonia volatilization immediately after urination. 

Volatilization of NH3 from animal manure is closely related to urinary excretion of urea, 
which is rapidly hydrolyzed by the enzyme urease into NH//NH3 and HCO3' according to: 

CO(NH2)2 + 2H20->(NH4)2C03 <-> 2NH/+ COŝ " <-> NH3^ + NH4^ + HC03' 

Grazed pastures and the floors in animal houses that are fouled with fecal matter have a high 
urease activity, and the hydrolysis of urea into NH3/NH/ is generally completed within a few 
hours or days. The hydrolysis of urea is associated with an increase in pH because of the 



265 

production of (bi)carbonate(s). This combined with the high pKa value (9.15) of the NHs/NIlj^ 
equilibrium make that urea puddles have a high potential for ammonia volatilization. 
A low pH of the urine decreases the urease activity and also affects the NH4 / NH3 
equilibrium and the NH3 partial pressure. 

Cahn et al. (1998b) showed that the pH of fresh urine decreased by more than two units 
and the volatilization of NH3 from slurry decreased by up to 50% following the introduction 
of acidifying salts in the diet of growing pigs. Stimulation of fermentation in the large 
intestine also lowers the pH of slurry because it will contain a higher concentration of volatile 
fatty acids as end products of microbial fermentation. In controlled experiments with growing 
pigs, Cahn et al. (1998a) obtained a 45% decrease in NH3 volatilization from pig slurry when 
starch-rich tapioca constituting 15% of dietary dry matter was replaced by pressed sugar beet 
pulp rich in structural carbohydrates. Though such experimental diets are not representative 
for the diets used in practice, it shows that fermentation in the large intestine is an important 
determinant for the site of N excretion in pigs and also for NH3 volatilization. 

4. GASEOUS N LOSSES FROM DUNG AND URINE IN PASTURES 

Grazed grassland are aggregations of grazed and ungrazed areas, urine patches, dung 
patches, compacted hoof holes, camping areas and mixtures of these areas. At the end of the 
growing season of intensively grazed grassland, there is a mosaic of fresh and old, and of single, 
overlapping and possibly mixed urine and dung patches covering up to 40 % of the total area 
(Lantinga et al., 1987). The spatial distribution over the field of patches containing fecal and 
urinary N is known to be very heterogeneous (Afzal and Adams, 1992). The urine and dung 
patches have a much higher potential for emitting NH3, NO, N2O and N2 into the atmosphere 
than the urine and dung free areas. As a consequence, the spatial variability of gaseous N losses 
in grazed grasslands is extremely high (e.g. Colboum, 1992; 1993; Velthof et al., 1996a; 1996b; 
Van Cleemput et al., 1994; Oenema et al., 1997). 

4.1. Volatilization of NH3 from pastures 
The loss of NH3 from grazed pastures is related to pasture productivity, grazing intensity 

and environmental conditions. There are strong seasonal variations due to variations in 
weather conditions, grazing periods and fertilizer applications (e.g. Denmead et al., 1974; Ball 
and Ryden, 1984; Jarvis and Pain, 1990; Bussink, 1992; 1994; Petersen et al., 1998). Plantaz 
(1998) showed that net emission of NH3 occurred during the grazing season and a net 
deposition of NH3 to grassland during the non-grazing winter season. He also showed that NH3 
emission via the stomata of plants was a way of NH3 emission from grassland towards the 
atmosphere. Similar observations have been made by Harper et al. (1996). 

Enclosure measurements of NH3 volatilization from single urine patches indicate that NH3 
losses range from 4 to 52 percent of the urine N (Lockyer and Whitehead, 1990; Sherlock and 
Goh, 1984; Petersen et al., 1998; Vertregt and Rutgers, 1988; Vallis et al., 1982; Whitehead 
and Raistrick, 1991; 1993). More than 50 percent of the NH3 volatilization from urine patches 
occurred during the process of urea hydrolysis in the first few days after urine deposition. 
Largest NH3 losses from urine treated soil were found at high urea-N concentrations (Petersen 
et al., 1998), high temperatures (Lockyer and Whitehead, 1990), relatively dry conditions 
(Whitehead and Raistrick, 1991), and a relatively low cation exchange capacity of the soil 
(Whitehead and Raistrick, 1993). Whitehead et al. (1989) showed that the composition of 
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urine has a strong influence on NH3 volatilization; volatilization of the five major components 
of urine decreased in the order urea > allantoin > creatinine > creatine > hippuric acid. 
However, the NH3 volatilization from a mixture of hippuric acid and urea was higher than 
from urea only, probably because hippuric acid increases soil pH. The NH3 volatilization from 
dung pats are (much) smaller than from urine patches and range from less than 1 percent 
(Petersen et al., 1998; Ryden et al., 1987a) to 13 percent of the dung N (Vertregt and Rutgers, 
1988). 

An integral estimate of the NH3 loss from grazed pastures, i.e. from both the dung and 
urine contaminated areas and from the dung and urine free grazed and ungrazed areas can be 
obtained from micro-meteorological studies. Table 3 provides an overview of results obtained 
with micro-meteorological methods. Total annual NH3 volatilization from grazed grasslands 
ranges from 1 tot 42 kg N per ha per year or 3.3 to 14.4 percent of the total N excreted. Losses 
of NH3 tend to be lower from sheep grazed grasslands than from cattle grazed grasslands, 
possibly because of the lower N content in sheep urine and the smaller volume of a single 
urination (Bristow et al., 1992). 

The NH3 volatilization from grazed grassland is related to N fertilizer input. Fertilizer N 
increases herbage production and the N content of the herbage. As a consequence, more 
animals can graze the pasture and more N is excreted by the grazing animals. Further, more N 
will be excreted via urine when the protein content of the herbage increases. Misselbrook et 
al. (2000) derived the following relationship between NH3 losses from grazed grasslands and 
the input of mineral fertilizer N, using data of measured NH3 volatilization of complete 
grazing seasons in the UK, The Netherlands and New Zealand: 

NH3 loss = 2.27 + 0.0683 * fertilizer N input 

Where NH3 loss is the loss in g N per live weight unit per day (I live weight unit = 500 kg), 
and fertilizer N input is the fertilizer application rate in kg N per ha per year. Because the 
stocking density increases with an increase in fertilizer N input, the equation indicates that the 
NH3 loss increases more than proportionally with an increase in N input. 

Table 3. Annual emissions of NH3 from grazed grasslands. The emitted amount of NH3-N is 
expressed in % of the total N or the urinary N excreted by the grazing animal. 
Site 

UK 
UK 
UK 
UK 
UK 
UK 
NL 
NL 
NL 
NL 
NZ 

Type of 
animal 

Beef cattle 
Beef cattle 
Beef cattle 
Sheep 
Sheep 
Sheep 
Dairy cows 
Dairy cows 
Dairy cows 
Dairy cows 
Dairy cows 

Fertilizer 
input, kg N 
ha^ yr"' 

~2T0 
420 
0 (clover) 
420 
0 
0 (clover) 
550 
250 
400 
550 
0 (clover) 

T4H 3-N 
emission 
kgl 

"lo" 
25 
7 
9 
4 
1 
39-
4 -
12-
15-
15 

l a ' yr-' 

-42 
9 
-27 
•33 

NH3-N 
emission 
% of total 
excreted N 

" T T 
9.0 

7.7 - 8.5 
3.3-5.3 
6.9-13.9 
6.9-14.4 
3.5 

NH3 
emission 
% 
urinary N 

"11:2 
12.1 

-N 

of 

Reference 

Jarvisetal., 1989 
Jarvisetal., 1989 
Jarvisetal., 1989 
Jarvisetal., 1991 
Jarvisetal., 1991 
Jarvisetal., 1991 
Bussink, 1992 
Bussink, 1992 
Bussink, 1994 
Bussink, 1994 
Ledgard et al., 1996 

') UK: United Kingdom, NL: the Netherlands, NZ: New Zealand 
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4.2. Volatilization of NO, N2O and N2 from pastures 
Freshly excreted urine and dung contain energy-rich and chemically-reduced carbon and 

nitrogen compounds, which provide substrates for consortia of autotrophic and heterotrophic 
bacteria. Upon partial aeration, autotrophic nitrifiers oxidize the NH4 ,̂ mineralized from urine 
and dung, to NO2' and subsequently to NOs'. The rate of nitrification depends on the NHÛ  and 
oxygen (O2) contents, pH and temperature. Usually, it takes weeks before all l^VU^ in urine 
patches has been converted into NO2" and NO3'. The high osmotic pressure and high NH3 partial 
pressure in urine patches may partly inhibit the nitrification process (Darrah et al., 1985; 
Monaghan and Barraclough, 1992). Further, nitrite-oxidizing bacteria are more rapidly inhibited 
than the ammonia-oxidizing bacteria. As a consequence, a temporary accumulation of NO2" 
may develop in urine and dung patches, which promotes the production and release of NO and 
N2O from the urine and dung (Monaghan and Barraclough, 1993). Low O2 concentrations in the 
soil may also promote the temporary accumulation of NO2" during nitrification and hence, the 
release of NO and N2O. 

Heterotrophic denitrifiers use the NO3" and NO2' as electron acceptors; they chemically 
reduce these N compounds to NO, N2O and N2. The rate of denitrification and the release of 
NO, N2O and N2 into the atmosphere are controlled by (i) NO2' and NO3' contents, (ii) 
availability of organic C as substrate for the heterotrophic denitrifiers, (iii) O2 content, (iv) 
pH, and (v) temperature (Tiedje, 1988). Urine and dung are sources of both N03' and 
available organic C and, therefore, the denitrification activity can be very high in urine and 
dung affected soil (Ryden, 1986). Treading and trampling by grazing animals also contribute to 
denitrifying activity because of soil compaction (Naeth et al., 1990; Warren et al., 1986). Soil 
compaction retards water infiltration rate and O2 difflisivity in soil, enhancing both N2O 
production during nitrification and denitrification activity (Hansen and Bakken, 1993; Torbert 
and Wood, 1992). 

Results from experiments dealing with N2O emission and denitrification losses from dung 
and urine on pastures are shown in Table 4. The emission of N2O from soils is generally 
measured using enclosures (Mosier, 1989). Denitrification is generally determined using the 
acetylene inhibition technique with intact soil cores (Ryden et al., 1987b). In some studies '̂ N 
labeling was used to quantified gaseous N losses (e.g. Monaghan and Barraclough, 1993). The 
N2O emission from dung pats ranges from 0.1 to 0.7 percent. However, the amount of 
mineralizable organic N in dung pats is large, which can make these pats conducive to N2O 
release via nitrification and denitrification over a long period (Yamulki et al., 1998). These 
findings suggest that the data presented so far underestimate the N2O emission from dung, 
because most measurement periods have been relatively short (Table 4). Emissions of N2O from 
urine patches range from 0.1 to 5.0%. This wide range has been attributed to variations in urine 
composition, soil type and environmental conditions, which all can have large effects (Sherlock 
and Goh, 1983; Monaghan and Barraclough, 1993; Allen et al., 1996; Yamulki et al. 1998). 
Denitrification losses from urine affected soils range from less than 1% of the urine N under dry 
conditions up to 65% of the urine N under moist conditions (Table 4). Monaghan and 
Barraclough (1993) showed large losses of N2 during the first days after urine application, 
which was attributed to an increased amount of available carbon in soil, an increased microbial 
activity and a decreased oxygen content in the soil. 

Only few studies have examined the integral effect of grazing, i.e. the combined effects of 
urine patches, dung pats, soil compaction and grazing on N2O emission and denitrification, 
corrected for background level and N fertilizer derived N2O emissions. Grazing derived N2O 
emissions range from 0.2% of total excreted N for a silty loam in New Zealand to 9.8% of the 
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Table 4. Emission of N2O from animal dung and urine deposited in grassland; a compilation 
of published and unpublished data. The emitted amount of N2O-N is expressed in % of the 
amount of N excreted by the grazing animal. 
Country' 

UK 
G 
G 
NL 
USA 
UK 

UK 
B 
NZ 
NZ 
NZ 
G 
NL 
G 
UK 
NL 
NL 
NL 
NZ 
NZ 
NL 
NL 
UK 

UK 
NZ 
NZ 
NZ 
NZ 
1T^ T ^ _ I • 

Soil 

clay loam 
loess 
sand 
sand 
clay loam 
clay loam 

clay loam 
sand loam 
peat 
sih loam 
-
loess 
clay 
sand 
clay loam 
sand 
clay 
peat I 
silt loam 
silt loam 
sand 
peat 
clay loam 

silt loam 
clay 
peat 
sandy loam 
slity loam 

Object 

dung 
dung 
dung 
dung 
urine 
urine 

urine 
urine 
urine 
urine 
urine 
urine 
urine 
urine 
grazing 
grazing 
grazing 
grazing 
grazing 
grazing 
urine 
urine 
urine 

urine 
urine 
urine 
urine 
urine 

Period, 
days 

66-417 
77 
365 
184 
300 
30 

60-417 
19-35 
100 
100 
42 
77 
28 
365 
7 

730 
730 
730 
730 
730 
14 
31 
30 

40 
31 
31 
31 
31 

N2O 
emission, 

Denitrification Reference 
% of excreted 

% ofN 
excreted N 
0.1-0.7 
0.5 
0.4 
0.7 
0.6 
1.0-5.0 

0.1-1.4 
0.1-2.4 
<1.0 
1.5-3.0 
<0.5 
3.8 
0.5 
0.4-1.3 
8.0 
1.5 
3.3 
2.3-9.8 
0.2 
1.0 

18.0 
2.2 
30-65 

0.6-3.2 
0.33' 
2.35' 
1.35' 
0.65 

Yamulki et al., 1998 
Flessaetal., 1996 
Poggemann et al., 1995 
Velthof, unpublished data 
Mosier and Parton, 1985 
Monaghan and Barraclough, 
1993 
Yamulki et al., 1998 
Vermoesen et al., 1997 
Cloughetal., 1996 
Cloughetal., 1996 
Sherlock and Goh, 1983 
Flessaetal., 1996 
Velthof and Oenema ,1994 
Poggemann et al., 1995 
Velthof etal., 1996a 
Velthofetal., 1996c 
Velthof etal., 1996c 
Velthofetal., 1996c 
Carranetal., 1995 
Carranetal., 1995 
De Klein and Logtestijn,'94 
Koopsetal., 1997 
Monaghan and Barraclough, 
1993 
Colboum, 1992 
Clough and Ledgard, 1997 
Clough and Ledgard, 1997 
Clough and Ledgard, 1997 
Clough and Ledgard, 1997 

total excreted N for an intensively managed grassland on peat soil in the Netherlands (Table 4). 
Measured denitrification losses from grazed grasslands range from 3 to 19 kg N per ha per year 
in New Zealand (Ledgard et al., 1996; Ruz-Jerez et al., 1994), 3 to 108 kg N per ha in the 
growing season in the Netherlands (De Klein and Logtestijn, 1994; Koops et al., 1996; 1997) 
and 8 to more than 100 kg N per ha per year in the UK (Garret et al., 1992). However, it is not 
always clear which fraction of the denitrification losses comes from fertilizer N, biological N 
fixation, urine N and dung N. Ryden (1986) showed that denitrification losses were 1.7 to 6 
times higher from grazed grasslands than from a comparable cut grassland. High denitrification 
rates from grazed grasslands are found at the end of the grazing season, when N uptake by the 
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grass ceases and soil water and mineral N contents and soil temperature are still at an elevated 
level. 

Only few studies have quantified the NO emission from urine and dung patches. Studies of 
Williams et al. (1998) and Lovell and Jarvis (1996) indicate that the emission of N2O-N is 
higher than that of NO-N from urine treated soil; the ratio between NO-N to N2O-N soil ranged 
from <0.001 to 0.011 in laboratory studies and from 0.005 to 0.263 in a field study. Also 
Colboum et al. (1987) showed that NO-N losses from urine patches are small. The NO in urine 
patches is suggested to be mainly produced by nitrifiers (Colboum et al., 1987; Williams et al., 
1998). 

5. GASEOUS N LOSSES FROM STABLES AND MANURE STORAGE SYSTEMS 

Housed animals deposit feces and urine in the housing system on either litter, concrete 
floors, or frilly or partially slatted floors. There is a wide variety of animal housing systems, 
ranging from simple shelters where animals find protection against sun, rain, cold and or 
wind, to climate controlled and mechanically vented large housing systems for e.g. poultry in 
battery cages and finishing hogs. Manure storage and manure management differs widely 
among these housing systems, ranging from paddocks and unpaved feedlots in dry climates 
where the manure is allowed to dry until it is periodically removed, to cubicle houses with 
slurry storage underneath slatted floors, to the manure belt system underneath battery cages in 
mechanically vented poultry housing systems with forced drying of the poultry manure. 

Animal manure collected in housing systems has to be stored for some time inside or 
outside the housing system until timely spreading of the manure on the field, i.e. during the 
growing season when the crop will be able to utilize the plant nutrients. In animal housing 
systems with (partially) slatted floors, the urine and feces are mixed and stored as slurry in 
pits and channels underneath the slats. When the storage capacity inside the housing system is 
small, slurry will be stored outside in silos, tanks and lagoons. In tie stalls with litter, feces 
mixed with litter and liquid manure are collected daily and stored outside in separate storage 
systems. In deep litter systems in organic farming, feces and urine are absorbed by straw and 
compacted by the loose housed animals. The stacked manure will be removed from the deep 
litter system only two to three times a year and transported to a manure heap outside for 
another storage period, or it is directly applied to agricultural land. In dry climates, animals 
may be kept on unpaved feedlots where the manure and urine is allowed to dry until it is 
periodically removed and spread on agricultural land. In some dry areas, sun dried dung cakes 
are collected in the field or in paddocks and burned for fuel. The total storage period of 
slurries and manure may range from a few weeks to more than 9 months (e.g. Bloxham and 
Svoboda, 1996). Because of the differences in housing system, manure management and 
storage period, there are large differences in N losses via volatilization of NH3, NO, N2O and 
N2. 

5.L Volatilization of NH3, NO, N2O and N2 from slurry in animal housing systems 
The volatilization of NH3 from the urine and feces in slurry inside the animal housing 

system is related to the N H / concentration, pH and surface area of the slurry and to the 
temperature and ventilation in the housing system. The potential for NH3 volatilization from 
slurry is large, because of the abundance of N H / and the relatively high pH of the slurry. 
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Figure 6. Potential for decreasing losses of NH3 from animal houses of four measures relative 
to a fully slatted floor (after Monteny and Erisman, 1998). 

Generally, the total N content of slurry varies from 3 to 5 g per kg and 40 to 75% of this N is 
NH4 ,̂ depending on animal type and the protein content of the animal feed (Table 1; Safley et 
ah, 1986; Petersen et al., 1998a; 1998b). Ammonia is emitted from both the (slatted) floors 
fouled with urine and feces and from the slurry channels under slats. The larger the area 
fouled by the animals, the larger the NH3 loss. The ventilation of the housing system 
determines the air exchange between the housing system and the outside atmosphere and 
thereby also the NH3 loss; the larger the ventilation the larger the loss (e.g. Aamink, 1997; 
Groot Koerkamp, 1994). Thus, emission may be mitigated by decreasing the fouled area 
either by decreasing the slatted area, by tying the animals (Fig. 6) or by decreasing the 
ventilation. Frequent cleaning of the floor also decreases NH3 losses (Fig. 6). 

Mean NH3 losses are larger from pig housing systems than from dairy cattle housing 
systems, because of differences in the amount of N H / in the slurry and temperature. The loss 
of NH3 from cattle housing systems with slatted floors in Denmark is estimated at about 8 % 
of the total-N in the slurry, and losses from pig housing systems with slatted floors are 
estimated at 15 % of the total-N in the slurry (Poulsen and Kristensen, 1997). Estimated losses 
of NH3 from dairy cattle housing systems with slatted floors in The Netherlands range from 
2% when the cattle are housed for 180 days per year in tie stalls to about 15% of the total-N in 
the cattle slurry when the cattle are housed all year round in cubicle houses (summer feeding). 
This wide range is caused by the large difference in the areas of fouled floor between tie stalls 
and cubicle houses, and by the difference in housing period. Estimated NH3 losses from pig 
housing systems with slatted floors range from 17% of total N for piglets to 29%o of total N 
for rearing pigs (Monteny and Erisman, 1998; Oenema et al., 2000a). Large losses of up to 
50% of the total initial N content have been measured in poultry housing systems with partial 
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drying of the poultry manure (Groot Koerkamp et al., 1995; 1998). By contrast, small NH3 
losses of less than 5% occur in mechanically vented low-emission housing systems in which 
the area fouled with urine and feces is minimal and where most of the NH3 is scrubbed from 
the exhaust air via chemical or biological scrubbers. 

Slurry stored in pits and canals underneath slatted floors is not a significant source of N2O, 
NO or N2, because very little N H / from the slurry is oxidized in the highly anoxic 
environment. However, the fouled surface of slats, with a large interface between air and 
slurry, may be a source of N2O. This was shown in the study of Thelosen et al (1993), who 
measured a total annual emission of 0.2 kg N2O-N per pig place. Very large N2O losses may 
occur following acidification of the slurry with nitric acid (HNO3) to decrease the 
volatilization of NH3 and to increase the N fertilizer value of the slurry (Oenema and Velthof, 
1993;Oenemaetal., 1993). 

5.2. Volatilization of NH3, NO, N2O and N2 from slurry in tanks, silos and lagoons 
Ammonia emission from slurry in open tanks, silos and lagoons ranges from 6 to 30% of 

the total N in stored slurry (Sommer, 1997; Harper et al., 2000). The NH3 loss is related to 
environmental conditions (temperature and wind), slurry composition and surface area. 
Losses are larger from pig slurry than from cattle slurry, due to differences in NH4^ content. 
Further, losses tend to be twice as large from slurry that has been fermented in a biogas plant 
than from unfermented slurry, because fermented slurry has a higher pH and NH4 content 
(Sommer et al., 1993; Sommer, 1997). 
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Figure 7. Decrease in NH3 losses following the covering of slurry storage systems, in 
percent (after Sommer, 1997). 
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A cover on the slurry significantly decreases NH3 loss. The cover may be a natural surface 
crust formed by solids floating on the surface, a cover of straw, peat or floating expanded clay 
particles, or a roof. Covers greatly decrease the air exchange rate between the surface of the 
slurry and the atmosphere by creating a stagnant air layer above the slurry through which NH3 
has to be transported by the slow process of diffusion. This decreases the NH3 losses to less 
than 10% of those from uncovered slurry (Fig. 7). 

Because stored slurry is anaerobic, there will be little or no nitrification. As a result, little 
NO, N2O and N2 will be lost (Sommer, 1997). However, under drying conditions a mosaic of 
anaerobic and aerobic sites may emerge in the porous crust, creating an environment where 
N2O is produced (Hiither et al., 1997; Sommer et al., 2000). Then, emissions of N2O may go 
up to 25 mg N2O-N m'̂  h'\ 

5.3. Volatilization of NH3, NO, N2O and N2 from solid manure in animal housing systems 
Litter is added to animal housing systems for animal well-being and for absorbing the 

liquid excrements of the animals. The litter can be hay, straw, chopped or unchopped, heathy 
plants, woody snips and saw dust or simply sand, depending on the housing system and the 
availability of litter. The fraction of litter to dung and urine varies widely, depending again on 
housing system. Further, the dung and urine mixed with litter can be removed from the 
housing system on a daily basis or just once or a few times a year. In tie stalls with a small 
channel behind the animals, manure mixed with a little litter will be scraped to the manure 
heap outside on a daily basis. Losses of NH3, NO, N2O and N2 from tie stalls with daily 
removal of the manure are only a few percent of the amount of N excreted; the time period for 
N losses in the stable is simply too short for large losses. By contrast, the stacked manure in 
deep litter systems and in paddocks and drylot systems, will be removed only a few times a 
year. Such long storage times create conditions for volatilization of NH3, NO, N2O and N2. 

In deep litter systems, the composition of the stacked manure is related to the animal type 
and animal nutrition, straw admixture, downward urine transport, and to fermentation and 
microbial transformation processes in the manure. A significant fraction of the N H / 
mineralized from the easily metabolizable N fractions in urine and dung can be absorbed by 
the straw and transformed into organically bound N by micro-organisms (Henriksen et al., 
2000). This would suggest that the potential for N losses via volatilization of NH3, NO, N2O 
and N2 from deep litter systems is small, because of the immobilization of NH4^. However, 
animals walk around and foul the litter in the surface layer with fresh urine and feces. Further, 
molecular oxygen (O2) diffuses into the porous surface layer, using straw as channels. 
Fermentation processes increase the temperature and induce an upward current of air. As a 
result, NH3 losses from deep litter systems are up to 10% of the N that is excreted and 
collected in the straw litter (Rom and Hendriksen, 2000). Aerobic microbial activity in deep 
litter may cause a temperature increase to about 40-50°C at 10 cm depth. In this layer, O2 is 
depleted. The NO, N2O and N2 production in deep litter is related to the partial aeration of the 
top layer, which is a function of litter addition and animal activity. When little litter is added, 
nitrification is inhibited by a combination of low oxygen partial pressure, high temperature 
and a high NH3 concentration (Henriksen et al., 2000). Mixing of the top layer once a week 
may increase total N losses via nitrification and denitrification to 47% of the N excreted 
(Thelosen et al., 1993). Then, losses of N2O are in the range of 15 to 2\% and losses of NH3 
range from 9 to 17% (Groenestein et al., 1993; Groenestein and Van Faassen, 1996). 
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5.4. Volatilization of NH3, NO, N2O and N2 from manure heaps 
Nitrogen losses from manure heaps via volatilization of NH3, NO, N2O and N2 depend on 

the composition and stacking of the manure and on storage conditions. Manure heaps store 
manure collected from dry lots, feed lots and deep litter stables once in a fevŝ  months. There 
are also manure heaps that accumulate fresh manure from stables on a daily basis, either via 
additions on top or via intrusion from the bottom. When fresh manure is added daily on top of 
the heap, there is a constant source of fresh urea and a near constant flux of NH3 into the 
atmosphere, but there is little chance for nitrification and denitrification processes. By 
contrast, when fresh manure is added via intrusion from the bottom, volatilization of NH3 is 
small because of lack of fresh urea, but surface layers become partly aerobic and than 
nitrifying bacteria may transform N H / into NO3'. This provides denitrifying bacteria the 
opportunity to denitrify NO3' when it moves to anoxic micro sites in the manure, for example 
when rain water leaches the NO3' from the surface layers downwards. This makes these heaps 
conducive to NO, N2O and N2 losses. 
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Figure 8. Air temperature and manure temperature (upper panel) and the NH3 loss from the 
manure (lower panel). Note differences in scale of X-axes: upper panel 0-100 days and lower 
panel 0-35 days. The increase in NH3 loss during the first four days (lower panel) coincides 
with the rise in temperature of the manure (upper panel). 
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Usually, the manure lies on a concrete floor surrounded with concrete walls, but manure 
heaps on bare agricultural land without any provision for the collection of drainage water are 
also common. Some heaps may be covered to decrease NH3 ammonia volatilization and to 
prevent the infiltration of rain in the manure and the leaching of solutes from the manure. 
Evidently, storage conditions vary widely, as do gaseous N losses from manure heaps. 

During the formation of a manure heap, the temperature inside the heap may increase to 
70°C due to aerobic microbial metabolism, i.e. composting (Fig. 8). Composting generates an 
upward airflow in the heap and, as a consequence, fresh air from the atmosphere will enter 
through the lower section of the heap. Further, composting causes an increase in pH, which 
increases the NH3 fraction relative to N H / . AS a result, volatilization of NH3 from 
composting solid manure and deep litter may be high. Losses of 25-30% of the total-N in 
stored pig manure and deep litter have been recorded (Petersen et al., 1998; Karlsson and 
Jeppson, 1995). Losses can be lowered by decreasing the convection of air through the heap 
with a cover of for example tarpaulin or through compaction of the litter. In solid manure with 
low straw content, the diffusion rate of O2 is low and composting nearly absent (Forshell, 
1993). 

During the composting phase of solid manure little N2 and N2O is produced, because 
nitrifying and denitrifying micro organisms are generally not thermophilic (Hellman et al., 
1997). After the temperature declines in compost heaps, N2O concentration in the stores 
generally increases, due to the co-existence of aerobic zones with nitrification and anoxic 
zones with denitrification (Petersen et al., 1998). Emissions of N2O from composting manure 
are in the range of 0.1-0.3% of the total-N (Czepiel et al., 1996; Petersen et al., 1998), 
depending also on the compaction, water content of the manure and the environmental 
conditions (e.g. Sommer, 2000; Brown et al., 2000). 

6. GASEOUS N LOSSES FROM SLURRY AND MANURE APPLIED TO SOIL 

Animal slurry and manure collected in animal houses are valuable sources of plant 
nutrients for crop production. However, farmers in many developed countries have had little 
incentive for applying manure timely and accurately to the soil during the last decades, 
because of the availability of cheap mineral fertilizers. This development has contributed to 
large N losses from slurry and manure during storage but also during and after application to 
soil. Current governmental legislation on the proper use and management of slurries and 
manure has reversed this trend in many countries from about 1985 onwards. 

Application of animal slurry to soil induces a sequence of reactions. During the first few 
hours, the NH4^ concentration in the surface soil is high and may even increase further due to 
evaporation of water, despite losses via NH3 volatilization (Sommer and Sherlock, 1996). 
Next, the concentration of N H / in the soil surface decreases (Comfort, et al., 1990; 
Kirchmann and Lundvall, 1993), but this decrease can not be explained fully by the measured 
N loss via NH3 volatilization and the measured increase in NO3' concentration. The decrease 
in total inorganic N in the surface layer is likely caused by a combination of NH3 
volatilization, coupled nitrification-denitrification and immobilization of inorganic N in 
microbial biomass. Animal slurry has a high content of easy degradable carbon in the form of 
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volatile fatty acids (VFA), and these VFA are rapidly metabolized (Kirchmann and Lundvall, 
1993; Paul and Beauchamp, 1989). The transformation of these easily degradable VFA may 
contribute to immobilization of inorganic N and to the development of anoxic micro sites, 
which subsequently may lead to increased emissions of NO, N2O and N2. 

6.1. Volatilization of NH3 from slurry and manure applied to soil 
Rates of NH3 volatilization as high as 12 kg N ha'̂  per hour have been measured, 

immediately after slurry application (Pain et al. 1989). This high initial loss rate (see Fig. 9) is 
related to both the initial high NH4'̂  concentration in the soil surface, and to the rise in pH in 
the soil surface. The pH in the soil slurry mixture increases, because the volatilization of CO2 
is faster than the volatilization of NH3 and because of the degradation of VFA (Sommer and 
Sherlock, 1996). The cumulative NH3 loss increases hyperbolic with time as shown in Fig. 9. 
Generally, the rate of NH3 volatilization is very low after a few days, because the 
concentration of dissolved N H / in the soil surface decreases rapidly due to volatilization, 
immobilization, infiltration and nitrification (Van der Molen et al., 1990; Brunke et al., 1988; 
Oenema et al., 1993). Hence, 50% of the total NH3 loss occurs within 4 to 12 h after slurry 
application (Pain et al., 1989; Moal et al., 1995). 
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Figure 9. Pattern of NH3 volatilization following surface application of pig slurry to arable 
land on top of stubble, in % of the total amount of ammonium N (TAN) in the slurry, (after 
Bless etal., 1991). 



276 

The rate of NH3 volatilization from slurry applied to soil is related to temperature and 
solar radiation (Brunke et al,. 1988; Moal et al.,1995); the higher the temperature the larger 
and faster the NH3 loss. At low temperature and on frozen soil, volatilization may continue for 
a long time and result in a large cumulative NH3 loss too. In this case, the large losses are 
explained by either low rates of infiltration of N H / in the soil, or by low rates of 
immobilization and nitrification (Sommer Incorporating slurry into the soil is a most effective 
way of decreasing NH3 volatilization. Shallow direct injection of slurry can decrease losses by 
about 70%, while deep injection will stop losses completely. Incorporation of slurry by 
ploughing or by rotary harrow and immediate ploughing of the soil following surface 
application of slurry decreases NH3 losses by 80% (Pain et al., 1991). Furthermore, 
application of slurry with trailing hoses on the soil beneath the plant canopy may decrease 
NH3 volatilization with more than 50%; the efficiency of this technique increases with 
increasing leaf area and height of the crop (Sommer et al., 1997). 

Losses of NH3 from solid manure applied to soil are still poorly understood. The 
volatilization of NH3 from solid manure follows a pattern over time that is different from that 
of animal slurry. The initial loss is low, but the volatilization continues for a long period, 
probably because the NH4"̂  from the manure does not infiltrate the soil at the same rate as 
N H / from slurry (Sommer and Christensen, 1990; Chambers et al., 1997). The few studies 
dealing with NH3 emission from soild manure applied to soil indicate that about 50% of the 
loss occurs within 24 h and that the volatilization may continue for about 10 days. 
Incorporation of solid manure into the soil by ploughing decreases NH3 losses as effectively 
as ploughing does after application of animal slurry. 

6.2. Volatilization of NO, N2O and N2 from slurry and manure applied to soil 
Application of slurry and manure increases the loss of N from soil via volatilization of NO, 

N2O and N2 produced via nitrification and denitrification processes. The application increases 
the contents of N H / , and of easily mineralizable N and C in the topsoil, and thereby activates 
microbial respiration and biological oxygen consumption in the soil. This in turn may increase 
nitrification and subsequently denitrification locally. 

Organic compounds from slurry and manure provide readily available substrate for 
denitrifiers (Comfort et al., 1990; Dendooven et al., 1998a; 1998b; Ellis et al., 1998; Paul and 
Zebarth, 1997). Paul and Beauchamp (1989) and Dendooven et al. (1998a) showed that 
volatile fatty acids (VFA) may be used by denitrifiers as substrate and thereby increase N 
losses via denitrification. This is a short-term effect because VFA are only present during a 
few days after application of slurry to soil (Kirchman and Lundvall, 1993). However, there 
are many interacting factors that control nitrification and denitrification processes and the 
patterns of N losses and emission of N2O are complex. Results presented in Fig. 10 show that 
the N2O emission following the application of pig slurry to bare soil was high initially (on the 
day of application), than dropped to background level and increased again after 20 days. The 
short N2O flux immediately after slurry application is probably related to the addition of 
easily available C which increased denitrification of nitrate initially present in the soil. The 
increase after 20 days is probably related to nitrification and subsequently denitrification of 
NO3' from applied slurry N. In contrast, N2O emissions from soil treated with ammonium 
nitrate fertilizer increased rapidly during the first week and than dropped during the second 
week to background level. These patterns are strongly influenced also by initial soil moisture 
content and rainfall. 
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Nitrogen losses via denitrification in slurry amended soil vary from less than 10% of total 
N applied in relatively dry, sandy soils (Comfort et al., 1990; De Klein et al., 1996; Egginton 
and Smith, 1986a; 1986b; Van der Weerden et al., 1994; Velthof et al, 1997) to more than 
10% of total N applied in clay soil late in the growing season (Thompson et al., 1987). 
Relatively low losses were found for spring application of cattle slurry to grassland (Velthof 
et al., 1997). In the growing season, the N uptake of a crop is high, especially for grassland, 
and little applied slurry N will be available for denitrifiers. Relatively high losses are 
associated with autumn/winter application of slurries (Thompson et al., 1987; Pain et al., 
1990). In the winter, the N uptake by the crop is negligible, so that slurry N will be available 
for denitrifiers. Moreover, wet conditions prevail during winter in areas with a temperate 
climate, which may enhances denitrification activity whenever nitrification is not rate limiting 
for the availability of NOs". It has been shown that the addition of a nitrification inhibitor to 
slurry and manure may strongly decrease denitrification losses (De Klein et al., 1996; Pain et 
al., 1990). 

Application of animal slurries to soils increases the emission of N2O. Slurry-derived N2O-
emissies range from less than 0.1% of total N applied up to about 1% of total N applied 
(Chadwick et al., 2000; Comfort et al., 1990; Egginton and Smith, 1986b; Perm et al., 1999; 
Misselbrook et al., 1998; Velthof and Oenema, 1993; Velthof et al., 1997; Weslien et al., 
1998). Both nitrification and denitrification may be sources of N2O. Dendooven et al. (1998b) 
concluded that about 33 percent of the N2O produced after pig slurry application was derived 
from nitrification. 
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Figure 10. Patterns of N2O emission following application of ammonium nitrate fertilizer and 
of pig slurry at a rate of 200 mg N per kg soil (Velthof et al., unpublished results). 
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Table 5. N20-emission from animal slurries and manure applied to grassland in April, July 
and October (Chadwick et al., 2000). 
Applicatio 
n time 

April 

July 

October 

Manure 

Dairy slurry 
Pig slurry 
Dairy slurry 
Pig slurry 
Pig slurry 
Dilute dairy 
effluent 

cow 

Pig farm yard manure 
Beef farm 
manure 
Layer manure 

yard 

Total N 
rate 
kgNha' 
125 
97 
110 
295 
300 
35 

310 
315 

416 

application N20-emission 
% of N applied 

"0:97 
0.44 
0.12 
0.12 
0.24 
0.38 

0.05 
0.20 

0.05 

So far, most studies suggest that the N2O emission from animal slurries applied to 
grassland is less than the N2O emission from an equivalent amount of nitrate-based N 
fertilizer (e.g. Egginton and Smith, 1986a; 1986b; Velthof and Oenema, 1993; Velthof et al., 
1997). This suggests that the N H / from slurry is taken up by the grass or by soil microbial 
biomass before it can be transformed into gaseous N oxides. 

The composition of the animal manure can have a large effect on the emission of N2O 
(Table 5). Large emissions are associated with slurries with high contents of inorganic N, and 
easily mineralizable N and C (i.e. VFA). Animal nutrition affects the composition of the 
manure and thereby also N and C transformations and losses during storage and after soil 
application (Kreuzer et al., 1998; Misselbrook et al., 1998; Mroz et al., 1995; Paul et al., 
1998). Adjustment of animal nutrition is thus a tool to decreases gaseous N losses from 
animal manure. 

7. DISCUSSION AND CONCLUDING REMARKS 

Evidence for losses of gaseous N compounds that decrease the fertilizer value of animal manure 
dates back to about 1850 (e.g. Russel, 1912; Bussink and Oenema, 1998 and references therein), 
but it is only during the last 3 decades that such losses have been associated with environmental 
effects. It is now well-recognized that emission of gaseous N compounds into the atmosphere 
may contribute to a cascade of environmental effects, in both the atmosphere and biosphere 
(e.g. Galloway, 1998), though all cause-effect relationships are not well-understood yet. 
Further, it is recognized that livestock farming systems have a relatively large share in the total 
atmospheric burden of NH3 and N2O (e.g. Dentener and Crutzen, 1994; Mosier et al., 1998), 
and that this share may increase fiirther during next decades if human population and animal 
protein consumption continue to increase. However, the uncertainty in the estimated NH3, NO 
and N2O losses from livestock farming systems is still large. More interestingly, there is 
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potential for mitigation of these losses, as suggested also by various authors cited in this 
chapter. 

7.1. Uncertainties in estimated gaseous N losses from livestock farming systems 
The uncertainty in the estimated contributions of livestock farming systems to the total 

emissions of NH3, NO and N2O into the atmosphere stems in part from the paucity in 
measurement data of gaseous N losses from animal housing systems and manure storage 
systems, especially also for livestock farming systems in the developing countries. The number 
of farm animals is larger in developing countries than in developed countries, while the number 
of measurements of the emissions of NH3, NO, N2O and N2 from livestock farming systems is 
much larger in developed countries than in developing countries. Further, there are more data 
about N losses associated with the application of slurry and manure to agricultural land than 
about N losses from animal housing systems and manure storage systems, while N losses from 
housing systems, manure storage systems and from slurry application to land may be equally 
large. To some extent, gaseous N losses from housing systems and manure storage systems 
seem to have been neglected or simply considered as unavoidable. 

The uncertainty in the estimates stems in part also from the complexity of the N cycle of 
livestock farming systems and from the many interacting factors that control the sources of 
NH3, NO and N2O in these systems. There are still many unknowns and there is a wide variety 
in animal nutrition, animal housing systems, manure storage systems and manure management. 
Environmental conditions also have a large impact on gaseous N losses, though the effects of 
environmental conditions are in part entangled with the livestock farming systems itself These 
interacting factors complicate an accurate assessment of the total gaseous N losses from 
livestock farming systems. Further, data statistics on animal housing systems, manure storage 
and manure management are poor. As discussed in the previous sections of this chapter, subtle 
differences in manure storage and management can have major effects on the emissions of NH3, 
NO, N2O and N2. 

The availability of measurement data about gaseous N losses from animal manure decrease 
in the order NH3 > N2O > NO > N2. There are very few direct measurements of NO emissions 
and there are no direct measurements of N2 losses, because of technical and analytical 
difficulties. The measurement of gaseous losses from animal housing systems is complex, 
especially for natural vented housing systems with numerous sites of air exchange. Small 
enclosures inside the housing system appear to provide biased estimates (Monteny and Erisman, 
1998) and the measurement of NH3, N2O, and NO concentrations in the inside atmosphere, in 
combination with a tracer gas such as for example S¥e requires expensive equipment that only 
recently have become available. Because of specialization and the ftinding driven research 
interests, there are only very few combined or simultaneous measurements of NH3, N2O, NO 
and N2 emissions from livestock farming systems or from a compartment of a livestock farming 
system (e.g Harper et al., 2000). Fortunately, techniques and instrumentation have greatly 
improved during the last decades and it has become easier to measure NH3, NO and N2O 
emissions. Combined measurements would improve our understanding of the factors that 
control NH3, N2O, and NO emissions from livestock farming systems and would help to 
consider the interactive nature of the gaseous N losses. 

Simulation models have become common tools to improved our understanding of the N 
transformations in animals, animal manure and soil. Our knowledge of the microbiology and 
biogeochemistry of NH3, NO, N2O, and N2 formation processes is quite extensive, and the 
number of possible biophysicochemical controls incorporated into simulation models is 
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considerable, but there is still a great need for calibration and validation of these models. There 
is also a need for linking and integrating of models as most models have been developed 
separately for animals, manure, housing system, soil and crop. Models can also help to explain 
the gap that is often observed between laboratory and field. Our knowledge of the managerial 
effects on NH3, NO, N2O, and N2 emissions from livestock farming systems in practice seem to 
be still inadequate. 

Improving the accuracy of the estimates of gaseous N losses from livestock farming systems 
requires also improved characterization of livestock farming systems and improved inventories 
of animal housing systems and manure management. Monitoring of N balances of animal 
housing systems and especially of the manure compartment (e.g. Aarts et al., 2000), may 
provide indirect estimates of the total gaseous N losses from manure, especially when the N 
flows are quantified relative to an element that is not conducive to gaseous N loss, such as 
phosphorus or potassium (e.g. Oenema et al., 2000a). Establishing N/P balances of animal 
housing systems and manure storage systems requires proper sampling procedures and accurate 
chemical analyses of animal feed and animal manure, but do not require expensive equipment 
and complicated calculations. When combined with direct measurements of NH3, N2O, and NO 
emissions, N/P balances can provide an independent check of the accuracy of the direct 
measurements. Evidently, monitoring N/P balances can be practiced also in remote areas, 
without much complications. 

7.2. Mitigation of gaseous N losses from livestock farming systems 
Measures to decreases NH3 emissions from animal manure have been researched from the 

end of the eighteenth century onwards (e.g. Bussink and Oenema, 1998), so as to improve the N 
fertilizer value of the manure. This type of research received new impetus when the emphasis in 
the research on N in agricultural systems shifted from agronomic to environmental effects 
nearly one century later. It is now well-recognized that a whole farming systems approach is 
needed to examine measures that may decrease N losses and more specifically gaseous N 
emissions. A systems approach shows how intervening in one part may affect losses in another 
part of the system. Because of the interactive nature of the processes involved, it is important 
that any changes that are imposed are based on a mechanistic understanding of the N cycle and 
N transformations (e.g. Jarvis, 1997; Aarts et al., 2000). 

As the quest for food and more specifically animal protein will increase concomitant with the 
increase in global human population and standard of living, the quest for measures to decrease 
gaseous N emissions from livestock farming systems will increase too. Apart from social, 
economical, political and cultural implications, it is a major challenge to transfer the message 
and the available insights and techniques to decreases gaseous N emissions from livestock 
farming systems to the stakeholders, i.e. the farmers. Education and implementation of best 
management practices are the first steps, but financial incentives will be needed when the 
necessity for decreasing gaseous N emissions increases. Bans and controls (do's and don'ts) 
will be effective only when accompanied by education, extension, and financial incentives. 

The N balance of the system is a good overall indicator for both the N use efficiency and 
total N losses. Therefore, targets for N surpluses for individual farms may facilitate the 
implementation of technical measures to decrease N losses and more specifically gaseous N 
emissions. Improving the productivity and N use efficiency of the system, in combination with 
a lowering of the N input into the system seems to be the best strategy for decreasing gaseous N 
emissions from livestock farming systems (e.g. Oenema et al., 2000b). Improving the 
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productivity and N use efficiency of the system shows up in the N balance, in the difference 
between total inputs and total outputs. Further, N balances for the different compartments of the 
livestock farming systems may indicate the weakest chain in the system and the potentials for 
improvement. Improving the productivity of the herd genetically, improving the composition of 
the animal feed, and improving the storage and management of manure and the utilization of the 
N in the manure for the production of high yielding crops, all contribute to both the agronomic 
and environmental performances of the farming system. Measures like lowering the protein 
intake of animals, shifting N excretion from urine to feces, regular flushing of the floor in 
animal houses with acidified water, covering manure storage systems, direct injection of slurry 
in the soil, and proper timing of manure application may all greatly decrease NH3 emissions 
from livestock farming systems. Nevertheless, total N losses will remain the same when these 
measures are not accompanied with a decrease in total N input into the system or with an 
increase in total output via animal products. 

While many technical measures have been developed and tested in practice for the 
mitigation of NH3 emissions from animal manure in some countries, there is still little 
information about measures to decrease NO, N2O, and N2 emissions from livestock farming 
systems in practice. The formation of these gases is related to nitrification and denitrification 
and hence to the partial aeration of the initial anoxic manure. Addition of litter and drying 
facilitates the partial aeration of manure, and so do animals that tread, snout and scratch on 
and in the manure, as in deep litter stables. Hence, emissions of NO, N2O, and N2 are related 
to the type of animal housing system and to manure management; emissions from slurries are 
low and emissions from solid manure with litter and from manure that is subject to drying-
wetting fluctuations or partial aeration tend to be high. Nitrification is the rate limiting step 
here. Though nitrifying bacteria are slow growers, there can be a steady transformation of 
NH4^ into NO2" and NOs" concomitant with a small but steady loss of NO and N2O during the 
aeration phase. This phase can be followed by a pulse of NO, N2O, and N2 from rapid 
denitrification of the accumulated NOs", with highly varying ratios of NO to N2O to N2 versus 
time. The ratios seem to depend on site specific environmental conditions. Evidently, 
mitigation measures for emissions of NO, N2O, and N2 require further considerations of the 
effects of manure management and environmental conditions in practice. 
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Food production systems are important contributors to local, regional and global NH3, NOx 
(NO + NO2) and N2O budgets. Emissions of NH3 and NOx (which are biologically and 
chemically active) into the atmosphere serve to redistribute fixed N to local and regional 
aquatic and terrestrial ecosystems that otherwise may be disconnected from the sources of the 
N gases. The emissions of NOx also contribute to local elevated ozone concentrations while 
N2O emissions contribute to global greenhouse gas accumulation and to stratospheric ozone 
depletion. 

Ammonia is the major gaseous base in the atmosphere and serves to neutralize about 30% 
of the hydrogen ions in the atmosphere. 50 to 75% of the ~ 55 Tg N y'' NH3 from terrestrial 
systems is emitted from animal and crop-based agriculture from animal excreta and synthetic 
fertilizer application. About half of the ~50 Tg N y"̂  of NOx emitted from the earth surface 
annually arises from fossil fuel combustion and the remainder from biomass burning and 
emissions from soil. The NOx emitted, principally as nitric oxide (NO), reacts rapidly in the 
atmosphere and in a complex cycle with light, ozone and hydrocarbons, and produces nitric 
acid and particulate nitrate. These materials can interact with plants and the soil locally or be 
transported from the site and interact with atmospheric particulate to form aerosols. These salts 
and aerosols return to fertilize terrestrial and aquatic systems in wet and dry deposition. A 
small fraction of this N may be biologically converted to N2O. About 5% of the total 
atmospheric greenhouse effect is attributed to N2O from which -70%) of the annual global 
anthropogenic emissions come from animal and crop production. 

The coupling of increased population with a move of a large sector of the world population 
to diets that require more energy and N input, will lead to continued increases in anthropogenic 
input into the global N cycle. This scenario suggests that emissions of NH3, NOx and N2O from 
agricultural systems will continue to increase and impact global terrestrial and aquatic systems, 
even those far removed from agricultural production, to an ever growing extent, unless N 
resources are used more efficiently or food consumption trends change. 
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1. GLOBAL TRENDS IN HUMAN-INDUCED ADDITIONS OF REACTIVE 
NITROGEN TO EARTH'S BIOGPHERE 

During the past four decades we have seen historically unprecedented additions of 
reactive nitrogen (N) into terrestrial systems (Vitousek et al. 1997). These inputs of reactive N 
(termed here as NHx (NH3 and NH4^), NOx (NO + NO2), and nitrate and nitrite) are through 
increased biological fixation of atmospheric N2 in crop production, combustion of fossil fuels 
and release of NOx, and production of synthetic fertilizer nitrogen (Galloway et al. 1994; 1995). 
There is an additional release of reactive N from stable soil organic matter as a result of soil 
disturbance for crop production that is not readily quantifiable. 

"Natural" fixation of atmospheric N2 primarily by lightning and biological processes is 
estimated to be about 100 Tg N, globally (Galloway et al. 1995), and is assumed to have 
remained relatively constant during the past century. A new global estimate (Cleveland et al. 
1999) suggests that background terrestrial biological N fixation is higher, on the order of 100 to 
290 Tg N y'^ Imposed upon the natural conversion of atmospheric N2 to usable forms of N is 
the human-induced production of reactive N. Anthropogenic production has increased from 
-40 Tg N y"̂  in 1961 to -160 Tg in 1995 (Smil, 1999). Holland and Lamarque (1997) 
estimated NOx produced during fossil fuel combustion to be ~11 Tg in 1961 while biological N 
fixation in crops such as pulses, soybeans, ground nuts and forage legumes and by algae and 
other microorganisms in rice fields was about 18 Tg N (Galloway et al. 1995); and synthetic N 
fertilizer production was 12.9 Tg N (FAO, 1999). In 1995 these inputs had increased to 25, 48 
and 87 Tg N, respectively. Galloway et al. (1995) discussed that we can account for only about 
60 Tg of this anthropogenic N fixed in 1990, through accumulation of N2O in the atmosphere 
(~3 Tg), movement into coastal waters by river flow (-41 Tg) and atmospheric deposition into 
the open oceans (-18 Tg). The remaining 80 Tg N y-1 must either be retained in terrestrial 
systems in groundwater, soils, vegetation or denitrified to N2. Although the exact values for 
each area of N accumulation is uncertain, Galloway et al. (1995) concluded that reactive N is 
accumulating in terrestrial systems. 

We also know that much of the reactive N that is produced from combustion, legume 
crop N fixation and synthetic N-fertilizer is distributed to terrestrial and aquatic systems in a 
variety of ways. Gaseous transport of N compounds is one such mechanism. Much of the 
newly fixed N is directed to food production. The reprocessing of N through animals leads to 
the distribution of N through volatilization of ammonia and runoff and leaching from soils. Part 
of the N applied to soils used for crop production is lost from the field through leaching of 
nitrate into ground water and/or runoff from fields into surface water systems. The N consumed 
by humans is mostly released in waste processing systems and returned to aquatic and soil 
systems. These loss processes lead to problems of interactions with other biological systems 
down wind or down stream. 

2. GLOBAL FOOD PRODUCTION AND NITROUS OXIDE 

In most agricultural soils, biogenic formation of N2O is enhanced by an increase in 
available mineral N which, in turn increases nitrification and denitrification through which N2O 
is produced. N-fertilization, therefore, directly results in additional N2O formation in the field 
in which the N is applied. The IPCC 1997 National Inventory Guidelines for N2O from 
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Agriculture (IPCC, 1997; Mosier et al. 1998) refer to N2O emissions directly from agricultural 
fields as direct emissions. In addition, these N inputs may lead to indirect formation of N2O 
after N leaching or runoff, or following gaseous losses and deposition of NOx and NH3 and 
following human consumption of agricultural products and waste processing in sewage 
systems, termed indirect emissions (IPCC, 1997). These National N2O Inventory Guidelines 
consider a variety of sources of N in agricultural systems as anthropogenic; including synthetic 
fertilizers, animal manures (urine and feces), N derived from enhanced biological N-fixation 
through N2-fixing crops, crop residue returned to the field after harvest and human sewage 
sludge application. Some part of the animal manure N, crop residue and sewage may have 
come from previous application of synthetic fertilizer. However, the re-entry of this N back 
into the soil system renders it again susceptible to microbial processes which produce N2O 
(IPCC, 1997; Mosier et al. 1998). In addition to the direct and indirect N2O emissions the IPCC 
(1997) Guidelines estimate N2O emissions that result from animal waste management systems 
separately from animal manures that are used as fertilizers. The animal component includes 
N2O emissions from animal waste deposition in pastures and animal confinements. 

2.1. Total Fertilizer N Input into Agricultural Soils 
According to the IPCC (1997) Guidelines N input into agricultural systems includes N 

input into cropping systems from synthetic fertilizer N, biological N fixation, return of crop 
residue and animal manures. Using FAO data and human population estimates to back 
calculate N input into crop production, assuming linear changes in crop and livestock 
production, 1970 FAO data was used as the baseline to calculate N used in crop production are 
estimated for 1800 to 1961 (Fig. 1). From 1961, the year that the FAO data bases begin, the 
FAO (1999) data are used. Before 1960, animal and human wastes were the major fertilizer 
source (Kroeze et al. 1999). In 1950 synthetic fertilizer N input comprised about 7% of a total 
N input of-56 Tg and 1996 synthetic N input was -43% of a total input of-190 Tg N. Animal 
waste used as fertilizer was an estimated 37 Tg in 1950 compared to 65 Tg N in 1996. 
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Figure 1. Estimate of global annual N input into crop production from synthetic N, biological 
N-fixation, crop residue return and animal manures (Kroeze et al. 1999; Mosier, 2000). 
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2.2. Global annual N2O emissions estimates 
Using the N input data shown in Fig. 1, estimates of global N2O emissions from food 

production systems from 1800 until 1996 are shown in Fig. 2. Before 1950 <50% of the 
estimated N2O emission resulted directly or indirectly from N input into crop production, with 
the greater portion coming from animal production. As a result of increased N input and 
increased crop production by 1996 about one third of the N2O originated from each of the three 
segments of the N2O estimate. In 1950 total N2O from global food production systems totaled 
~3 Tg N compared to ~6 Tg in 1996 (Kroeze et al. 1999). Note that these N2O estimates 
present a 
very different picture from the IPCC 1990 and 1992 projections. In those estimates agricultural 
N input was considered only synthetic fertilizer and the livestock waste management segment 
was not included (Cole et al. 1996). The estimates presented here and by Mosier et al. (1998) 
and Kroeze et al. (1999) indicate that when a more complete picture of the agricultural N cycle 
is depicted that N2O emissions resulting from food production have been a significant part of 
the global budget for centuries. 
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Figure. 2. Estimates of global N2O emissions as a result of crop and livestock production from 
1800 to 1996 (Kroeze et al. 1999); Direct = N2O emitted directly from cropped fields, 
AnimalWMS = N2O emitted from livestock excreta where emissions are related to the waste 
management system used, and Indirect = N2O emitted from N that was used in crop production 
after it was leached or eroded from the site of application (Mosier, 2000). 
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3. NUTRIENT REDISTRIBUTION BY SOIL-ATMOSPHERE EXCHANGE OF 
NITROGEN COMPOUNDS 

3.1. NH3 Exchange between the Soil, Plants and the Atmosphere 
Plant-Atmosphere NH3 Exchange. Plants can serve as both a sink and a source of 

atmospheric NH3 (Farquhar et al. 1980; Harper et al. 1996; Hutchinson et al. 1972; Schjorring 
and Mattsson, 2000). Whether NH3 is emitted or absorbed by plants depends upon the NH3 
compensation point of the plant. Ammonia is absorbed when the mole fraction of NH3 in the 
atmosphere above the plant leaf is greater than the NH3 concentration in the atmosphere around 
the mesophyll cells in the stomatal cavity. Ammonia is emitted when the atmospheric NH3 
concentration is lower than the leaf mesophyll cell concentration (Farquhar et al. 1980). 

The impact of plant NH3 exchange on field crop N balance and exchange with the 
regional ecosystem is not yet clear. The net NH3 exchange at a location is likely dependent 
upon several interacting factors, thus general simplifying conditions to describe NH3 exchange 
are not known. Wetselaar and Farquhar (1980) showed that N loss from wheat (Triticum 
aestivum) was increased with increasing amount of N-fertilizer application. They showed that 
the N-content of plant leaves typically declined between anthesis and maturity in most field 
crops, including wheat, rice (Oryza sativa) rye {Secale cereale), com {Zea mays) and barley 
{Hordeum vulgare). They attributed much of this N loss to foliar volatilization of NH3 
described by Hutchinson et al. (1972). Both laboratory (Farquhar et al. 1980; Parton et al. 
1988) and field studies (Harper et al. 1987; Harper and Sharpe, 1995) show that NH3 
compensation point can vary with plant type, temperature, phenological growth stage, time of 
day and soil N availability. Because of the continuous exchange of NH3 between the 
atmosphere and the plant, Francis et al. (1997) concluded that determining the true loss or gain 
in between com plants and the atmosphere is difficult. 

Schjorring and Mattsson (2000) note that the role of crop NH3 emissions in 
agroecosystem N balance is not clear. Schjorring (1995) and Schjorring and Mattsson (2000) 
did not observe a general relationship between N-fertilizer application rate and net plant-
atmosphere NH3 exchange. On the other hand. Harper et al. (1987) suggested a direct 
relationship between plant N status, fertilization and NH3 loss. They reported a relatively large 
loss between com anthesis and harvest (-15 kg NH3-N ha"') compared to the 1-2 kg N ha'̂  
season'̂  reported by Schjorring (1995). Schjorring and Mattsson (2000) observed that N loss 
from crop vegetation was important only when the N harvest index at maturity (ratio between 
grain and shoot N content) was less than 0.63. Net NH3 losses from spring barley that had N 
harvest indices at maturity of 0.8 were only 0.5 to 1.5 kg N ha'^ 

Net NH3 exchange within plants, because NH3 can be both absorbed and emitted, can 
influence fertilizer '̂ N balance studies (Harper and Sharpe, 1995; Francis et al. 1997). Plants 
grown with '^N-enriched fertilizer tend to loose '̂ NH3 and gain ''̂ NH3 even if the net NH3 flux 
is zero (Sharpe and Harper, 1997). The actual impact of this exchange on N-fertilizer studies is 
not always clear, although the NH3 exchange would suggest that N-fertilizer losses estimated 
by '^N-balance would be overestimated (Francis et al. 1997). Schjorring and Mattsson (2000) 
point out that overestimates of N-loss by isotopic techniques can also be due to leaf drop before 
flowering, NH3 emissions from decaying leaves, or NH3 exchange within the crop canopy. 
They conclude that crops are typically a net source of NH3 to the atmosphere on a seasonal 
basis of up to 5 kg NH3-N ha"^ The amount of NH3 lost from crop vegetation ranges between 
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one and four per cent of fertilizer N applied and between one and four per cent of the N present 
in the crop (Schjorring and Mattsson, 2000). As a result, agroecosystems play an important 
role in regional atmospheric N gas composition and may be the dominant feature where NH3 
emissions from livestock waste is small (see Oenema et al. this volume). 

NH3 Absorption/Volatilization by Soil. Uptake of atmospheric NH3 by soils has been 
documented for more than 150 years (references and discussion in Hanawalt, 1969). In many 
areas of the world, atmospheric NH3 concentrations are several times higher than in relatively 
pristine environments and in these areas the atmosphere-soil exchange of NH3 is a main 
supplier of ecosystem N (Vitousek et al. 1997). Generally speaking, NH3 volatilization to the 
atmosphere is from soils that have insufficient sorption capacity to hold ammonium from NHx 
deposition or from ammonium fertilizer application (Terman, 1979). Soil characteristics and 
basic chemical factors control the soil/atmosphere exchange of NH3. Soil NH3 retention is 
controlled by chemical equilibria in soil water. As a basic gas, NH3 reacts readily with protons, 
metals and acidic compounds to form ions. Ammonium formed can be ionically or physically 
bound to soil particles and the interaction between these processes control the soil-atmosphere 
exchange of NH3. These interactions are fully described by Freney et al. (1983) and will not be 
described in detail here. Briefly, the various reactions which regulate NH3 exchange with soil 
can be represented as follows: 

A b s o r b e d N H / ^ NHLj"" (solution) ^ N H 3 (solution) ^ N H 3 (gas) ^ N H 3 (gas in atm.) ( E q . 1) 

Adsorption of NH3 and fixation of NH4̂  onto clay particles is typically regulated by soil 
organic matter content and the type of clay minerals in the soil. Adsorption is related to the 
surface area of the sorbing material and generally clay soils sorb more NH3 than do sandy soils 
(Terman, 1979). The rate of NH3 volatilization may be controlled by the rate of removal and 
dispersion of NH3 into the atmosphere by changing the concentration of NH4^ or NH3 in the 
soil solution or by displacing any of the equilibria in Eq. 1. The driving force for NH3 
volatilization from soil solution is the difference in the NH3 partial pressure between that in 
equilibrium with the liquid phase and that in the ambient atmosphere. The equilibrium vapor 
pressure of NH3 is controlled by the NH3 concentration in adjacent solutes which, in the 
absence of other ionic species, is affected by NH4^ ion concentration and pH. At pH 9.2 a 
solution contains approximately equal amounts of solution NH4^ and solution NH3. At pH 7.2 
the solution contains approximately 99% solution NH4'̂  and 1% solution NH3. Thus, NH3 
emissions are typically higher in more basic soils. Chemical equilibria dictate that an aqueous 
solution will hold less NH3 with increasing temperature, so temperature affects soil-atmosphere 
NH3 exchange as well (Freney et al. 1983). 

Ammonia must be transported to the soil surface before it can be lost to the atmosphere. 
As a result, NH3 losses are typically reduced by subsurface application of fertilizers (Terman, 
1979). Ammonia transport can be accomplished by movement in liquid or gaseous phases and 
their relative importance depends on soil water content. Volatilization of NH3 from solution at 
the soil surface occurs in response to a difference in vapor pressure between solution and 
ambient air. Increasing wind speed increases the rate of volatilization by permitting more rapid 
transport of NH3 away from the water surface (Freney et al. 1983). 

Factors which influence soil-atmosphere NH3 exchange include soil cation exchange 
capacity (CEC), soil pH, soil buffer capacity and calcium carbonate content. As NH4"̂  is 
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positively charged it readily reacts with the soil cation exchange complex. The disassociation 
of ammonium ion releases a proton in addition to NH3. Consequently as NH3 loss proceeds the 
solution becomes acidified and as the fraction of ammoniacal N is reduced an equilibrium is 
reached. For this reason NH3 volatilization is generally not important in soils that have a high 
base saturation (Freney et al. 1983). A strong correlation between NH3 loss and calcium 
carbonate content of soils has been observed (Fenn et al. 1981). The apparent stimulation of 
NH3 volatilization has been related to soil clay-sized calcium carbonate content and the 
formation of calcium fluoride, sulfate and phosphate precipitates and ammonium bicarbonate 
(Fenn et al. 1981; Terman, 1979). 

NH3 Volatilization from Surface Residues. Since NH3 emissions are readily reduced 
by placing ammonium-based fertilizers below the soil surface, surface application of fertilizers 
can lead to increased NH3 losses (Terman, 1979). Increased use of no-till management could 
contribute to this increase if new fertilizer-N management tools are not developed. An example 
of the impact of crop residue management on NH3 loss is the practice of trash retention 
following green cane harvesting in sugar cane production. As practiced in north Queensland, 
Australia, cane trash is left on the field following harvest to retain soil moisture, prevent weed 
growth and to minimize soil erosion (Freney et al. 1992). Surface application of urea onto 
green cane trash was a common practice which typically resulted in large NH3 loss. These 
losses are driven by addition of small amounts of water from dewfall, light rain and 
condensation of evaporated soil water. This water dissolves the urea, permits urea hydrolysis 
to NH3 and allows NH3 to be lost as the water evaporated (Freney et al. 1992). Efforts to 
decrease these NH3 losses included fertilizer banding, supplemental irrigation and delaying 
fertilization until cane canopy was developed. Freney et al. (1991) found that banding urea 
increased NH3 loss while irrigating with 16 mm of water decreased NH3 loss by about 50%. 
The water addition dissolved part of the urea and washed it into the soil. A one meter high crop 
canopy absorbed about 20% of the NH3 emitted from the residue surface, thus decreasing net 
NH3 loss. Substituting ammonium sulfate for urea reduced NH3 loss to < 1.8% of the N 
applied (Freney et al. 1992). 

NH3 Volatilization from Flooded Rice. Wetland rice is grown on approximately 125 
million ha globally (Neue, 1992) and is frequently limited by soil N supply (Simpson et al. 
1984). Fertilizer N application typically, greatly increases rice yield but it is costly to Asian 
farmers because of low N-use-efficiency. Recoveries of applied N can be as low as 10% and 
rarely exceeds 50% (Freney et al. 1990). The main cause of fertilizer inefficiency is gaseous 
emissions of NH3 or denitrification. The greatest N losses are reported to occur when 
fertilization leads to high concentrations of ammoniacal N in flood water and thus NH3 
volatilization (Freney et al. 1990). One method of reducing NH3 emissions is to incorporate the 
fertilizer into the soil after application. Although this practice generally reduces NH3 emissions 
it does not always lead to decreased total N loss (Cai et al. 1986). Freney et al. (1990) found 
that when urea was broadcast into the flood water at rice transplanting, NH3 loss varied from 
10%) to 56% of applied N at four different locations in the Philippines. Losses were greater 
where temperature and wind speed were greatest. Ammonia loss was reduced by 1% to 56% 
by harrowing after fertilizer application. Total N loss from the basal urea application ranged 
from 59%) to 1\% of N applied. Incorporating the urea by harrowing had little effect on total N 
loss. Denitrification losses ranged from 3%) to 50%) of N applied. The denitrification losses 
were low when NH3 losses were high and vice versa (Freney et al. 1990). 
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In China, ammonium bicarbonate and urea are the main N-fertihzer sources (Bouwman 
et al. 1997). Surface apphcation of ammonium bicarbonate can result in losses of 30% to 70% 
of N applied by NH3 volatilization (Cai et al. 1986). Application of urea or ammonium 
bicarbonate to calcareous soil in north-central China at rice transplanting resulted in 33% and 
39% volatilization as NH3, respectively. Denitrification losses were also large, 33% and 30%, 
respectively. Incorporation of fertilizer into drained soil substantially increased N utilization 
by the rice crop. Fertilizer N-use-efficiency was improved mainly through the reduction in 
NH3 loss (Zhu et al. 1989). 

3.2. Global Emission Sources of NOx and NH3 
NH3. Global NH3 emissions from earth surface to the atmosphere in 1990 total about 54 

Tg N (Bouwman et al. 1997). These emissions arise from four main sources (Table 1) which 
include excreta from domesticated animals (21.6 Tg N), synthetic fertilizers (9 Tg N), biomass 
burning (5.9 Tg N) and crops and crop decomposition (3.6 Tg N). These data indicate that 
about 65%o of the total global NH3 is emitted from agricultural systems. In animal production 
much of N contained in organic compounds in animal excreta is rapidly converted to NH3 
which can be volatilized directly from the animal production system or when the excreta is 
applied to the soil. Synthetic fertilizers applied in the form of urea (about 55% of global 
fertilizer N production, FAO, 1999) or ammonium bicarbonate (about 11% of global fertilizer 
N production) are susceptible to significant NH3 losses when applied to the soil surface. Urea is 
typically converted to NH4^ within a few days of application to the soil by the enzyme urease 
(Bouwman et al. 1997) thereby making NH3 volatilization a problem for surface applied urea. 

Table 1. 
Total global NH3 emission estimates adapted from Bouwman et al. (1997) for 1990 (Mosier, 
2000). 

Source 

Excreta from domestic animals 
Excreta of wild animals 
Synthetic fertilizers 
Biomass burning 
Soils under natural vegetation 
Oceans 
Fossil fuel combustion 
Industrial processes 
Human excreta & pets 
Crops & crop decomposition 

Total Emission 54 40-70 

Estim 

21.6 
0.1 
9.0 
5.9 
2.4 
8.2 
0.1 
0.2 
2.6 
3.6 

NH3-N Emission 
ate 

To 
i g 

Uncertainty of Estimate 
N 

10-30 
0-1 
4.5-1 
3-7.7 
0-10 
3-16 
0-0.2 
0.1-0.3 
1.3-3.9 
1.4-5.0 



299 

When wood, crop residue or fossil fuels are burned, a portion of the N contained in 
these fuels is converted to NH3 which is emitted to the atmosphere. Crops can either take up 
NH3 from the atmosphere or emit NH3 to the atmosphere, depending upon atmospheric 
concentrations and plant N status. When plants begin to senesce they typically lose N content 
through NH3 volatilization (Bouwman et al. 1997). 

Perm (1998) estimated for 1990 that 74, 12 and 5.5% of the NH3 emitted from western 
Europe came from livestock, synthetic fertilizers and crops, respectively. He also presented 
data indicating that NH3 emissions from Europe started to increase dramatically following the 
second world war. Extending Perm's information to 1990 suggests that a slowing of this rate of 
increase in NH3 emissions has occurred, during the past two decades, probably as a result of the 
decline in cattle population and decrease in fertilizer use in western Europe during this time. 

The rate of increase in NH3 emissions globally also should have slowed during the past 
decade. Using PAO data for global domestic animal populations and synthetic fertilizer use and 
emissions calculations from Bouwman et al. (1997), global NH3 emission estimates from 
domestic animal excreta and synthetic fertilizers from 1961 to 1994 are shown in Pig.3. During 
these three decades NH3 from animal production increased 54% from 14.2 to 22.1 Tg N y"̂  at a 
relatively constant rate of 1.7% y'\ During this time NH3 from use of synthetic fertilizer 
increased 540%, 1.4 Tg N y"̂  to a maximum of 9 Tg N y"' in 1990. The rate of increase 
between 1961 and 1980 was 21.4% y"' but this rate of increased slowed to 1.5%) from 1980 to 
1994, mirroring the rate of annual increase from animal production. 
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Pigure 3. Estimates of global NH3 emissions from animal excreta and synthetic fertilizer 
(Bouvmian et al. 1997; Mosier, 2000). 

NOx . The release of nitrogen oxides (NOx = NO + NO2) has accelerated during the last 
few decades through, primarily the increase in fossil fuel combustion (Galloway et al., 1995; 
Holland and Lamarque, 1997). With this increase in emissions from ~ 5 Tg N in 1940 to ~ 25 
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Tg N in 1995, combustion of fossil fuels account for about 50% of the total global NOx 
emissions (Table 1), for 1990. Of the anthropogenic sources, fossil fuel, aircraft, biomass 
burning and part of the soils emission are most important. Although the estimates are also 
similar for the soil source; 6.2 Tg (Holland et al. 1997) and 5.5 from Delmas et al. (1997), 
Davidson and Kingerlee (1997) estimated, from field flux measurements, total global soil NOx 
emissions to be about 21 Tg N. 

When plant uptake of NOx at the place of NO emission is considered, the total soil-based 
emission of NOx are at least 13 Tg N. NOx emissions from the soil are primarily a result of NO 
production by the microbial oxidation of ammonium (nitrification) (Williams et al. 1992). NO 
production in the soil also occurs through the microbial reduction of nitrate (denitrification). 
This reaction generally occurs only in water-saturated soils where little NO is released from the 
soil to the atmosphere (Conrad, 1996). Davidson and Kingerlee (1997) estimate that about 5 Tg 
of NOx-N is emitted annually from cultivated soils globally. Through an analysis of published 
NOx flux measurements in agricultural fields Veldkamp and Keller (1997) estimated that about 
0.5% of fertilizer N applied to agricultural fields was emitted to the atmosphere as NO. The 
total global N input into agricultural soils in 1990 was about 120 Tg. This amount includes N 
from: (1) synthetic fertilizer (-78 Tg); (2) animal excreta used as fertilizer (-50 Tg); (3) 
biological N-

Table 2. 
Global sources of NOx emissions to the atmosphere. Compiled from Holland et al. (1997) and 
Delmas et al. (1997), from Mosier (2000). 

Source 

Fossil fuel combustion 
Lightning 
Soils 
Aircraft 
Biomass burning 
Stratospheric injection 

Total 

^Numbers presented are 

Holland etal.' 

21.1 
6.0 
6.2 
0.4 
7.0 
0.3 

41.0 

the mean 
chemical transport models, numbers 

Tg 

(20-22.4) 
(3-10) 
(5-10) 
(0.23-0.6) 
(4.4-10) 
(0.2-0.6) 

(35-48.8) 

of emission 

N -
Delmas et al. 

22 
2 
5.5 
0.4 
7 
0.5 

38.2 

(15-29) 
(1-4) 
(3.3-7.7) 
0.5-0.6) 
(3-10.4) 
(0.4-0.6) 

(23.7-53.8) 

estimates from five different 3-dimensional 
in parentheses are the range of model output values. 

fixing crops [includes pulses and soybeans but not forage crops] (-10 Tg); and, (4) crop 
residues returned to agricultural fields (-28 Tg) (Mosier et al. 1998). Using the 120 Tg as N 
input into cropped soils the fertilizer-induced NOx emissions total 0.6 Tg N y"^ The remainder 
of the soil sources come from natural systems (Davidson and Kingerlee, 1997), all of which 
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now have received some amount of anthropogenic N input through atmospheric deposition in 
precipitation and dry fall. Including the additional soil NOx source estimated by Davidson and 
Kingerlee (7 Tg N) total global NOx emissions in 1990 were approximately 48 Tg N using the 
Holland et al. (1997) numbers (Table 2). 

3.3. Fate of NH3 and NOx in the atmosphere (NH, and NOy deposition) 
NH3. When NH3 evolves from the earth's surface it is either redeposited near the source 

of emission or, since it is highly water soluble, dissolved in atmospheric water (Fig. 4). When 
NH3 is dissolved in water, ammonium ions (NH4 )̂ and hydroxyl ions (OH') are formed. The 
reaction is reversible and the solubility increases if acidic species are also dissolved. Since NH3 
is the dominant basic compound in the atmosphere it reacts readily with acidic gases and 
particles to form hygroscopic salts containing ammonium sulfate and ammonium nitrate. These 
two reactions occur very rapidly, a few hours to a few days in the troposphere, so NH3 is 
rapidly removed from the atmosphere through deposition as NH3 and NH4'̂  in precipitation 
particulates (Perm, 1998), or through foliar absorption of NH3 (Schjorring and Mattsson, 2000). 

Figure 4. A cartoon depiction of the terrestrial-atmosphere exchange of NH3 and deposition of 
NHx (adapted from Langford et al. 1992; Mosier, 1998). 

Fowler et al. (1998) showed that atmospheric NH3 concentrations drop from ~ 90 ug 
-3 „. u^ ^ „ . . : _ f..:i:.,, . . ^r^ „^ XTTT ^-3 JQQ ^ downwind. At 300 m 

' (Fig. 5). 
NH3 m'"* at a poultry production facility to ~ 10 ug NH3 m 
distance the NH3 concentration was near ambient at ~ 0.5 ug NH3 m'̂  (Fig. 5). Although 
redeposition and atmospheric dispersion rapidly decrease NH3 concentrations as distance from 
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a livestock facility increases, total deposition within 1-km radial distance was less than 10% of 
the NH3 emitted (Fig. 5). Pitcaim et al. (1998) extended this work and looked at relationships 
between NH3 emissions from livestock facilities and N-deposition onto nearby woodlands. 
They found that foliar N concentration of a number of plant species were large close to the 
livestock buildings and declined with distance from them. Within the woodlands ectohydric 
moss tissue N concentration increased from ~ 1% at ambient atmospheric NH3 concentration to 
-3.2% at NH3 concentrations of > 20 ug m"̂ . Pitcaim et al. (1998) also found that moss tissue 
N content continued to increase to ~ 3.7% at NHx deposition rates of 40 kg N ha'̂  y•^ Since 
most of NH3 evolved from terrestrial systems is redeposited within 20 km of the emission 
point, NHx deposition near cattle production operations can be substantial. For example, NH3 
from a 90,000 head cattle feedlot collected in acid traps located 2 km from the feedlot was 30 
kg N ha'̂  y'̂  greater than that collected 15 km from the feedlot (Hutchinson and Viets, 1969). 
The NH3 evolved from the feedlot provided about 50 kg N ha"̂  y'* to agricultural soils within a 
few km of the feedlot. The atmospheric deposition was not considered in fertilization budgets 
for crops within the area. 

200 400 600 800 

Distance from Poultry (m) 

1000 1200 

Figure 5. Distance from poultry production buildings and atmospheric NH3 concentration and 
NHx deposition (adapted from Fowler et al. 1998) from Mosier (2000). 

NHx can be transported long distances in the atmosphere. NHx and other highly water 
soluble compounds are mainly dispersed in the lower troposphere in the so-called mixing layer. 
The transport distances within the mixing layer depends upon wind speed and the deposition 
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rate. Model estimates indicate that about 50% of emitted NH3 is redeposited to earth surface 
systems within 50 km of the emission source (Perm, 1998). When gaseous NHx reaches the top 
of the mixing layer (about 500 m in winter and 1500 m in summer in northern Europe) (Fig. 6) 
the NHx can be transported long distances. When clouds within the mixing layer contain water, 
the NHx concentration is halved every 10 km from the source (or every 30 min.). If there is no 
precipitation, the NHx concentration is halved every 1400 km (or every third day) (Perm, 
1998). Perm also estimated that, over Europe, the half life of NHx is 3 to 6 hours over a 
distance of 65-130 km. Overall, the average transport distance of NHx depends upon the 
atmospheric concentration of SO2 and NOx (Perm, 1998). Atmospheric residence times and 
transport distances of NHx are sufficiently long for significant interaction with terrestrial and 
aquatic systems far removed from the NH3 sources. 
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Pigure 6. Estimated deposition patterns of NOy and NHx emitted from Western Europe 
(adapted from Perm, 1998), Mosier (2000). 

When NHx is deposited back onto soil it reenters the terrestrial N cycle. If it is not taken 
up by plants directly as NH3 or NPU"̂ , it contributes to ecosystem acidification as protons are 
released when N H / is oxidized (nitrified). Reactive N deposition can also decrease soil 
consumption of atmospheric methane (Steudler et al. 1989). 

NOx. Upon its emission into the atmosphere NOx plays a central role in tropospheric 
chemistry (Williams et al. 1992). NOx interacts in a series of concentration dependent cycles 
with atmospheric oxidants, ozone (O3), hydroxyl radicals (OH) during the oxidation of carbon 
monoxide (CO), methane (CH4) and nonmethane hydrocarbons. The oxidizing capacity of the 
atmosphere is regulated by NOx through regulation of OH and O3 production and loss (Holland 
et al, 1997). Increasing NOx concentrations are contributing substantially to observed increases 
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in O3 concentrations in the Northern Hemisphere (Chameides et al. 1994). Detailed descriptions 
of the complex interactive cycles of NOx in the atmosphere can be found in many references 
(e.g., Ehhalt et al. 1992; Holland and Lamarque, 1997; Liu et al. 1992 and Williams et al. 
1992). 

As a general simple description (Fig. 7), when NO enters the atmosphere it reacts 
rapidly with O3 to form NO2. In the sunlight, part of NO2, in a complex set of reactions that 
involve hydrocarbons, ozone and CO, dissociates to reform NO and O3. In the presence of NOx, 
CO is oxidized to produce CO2 and O3. NO2 is further oxidized to a mixture of products 
referred to as NOy (NOx + organic nitrates, inorganic nitrates and nitrites). During the daytime 
this set of reactions takes place within a few hours when the sun is bright but may require a few 
days when clouds block the sun (Williams et al. 1992). At night NO2 accumulates. At very low 
NOx concentrations (<0.08 ppbv) there is net O3 consumption. As NOx concentrations increase 
to 0.08 ppbv to about 1 ppbv, OH and O3 production increases proportionately with increasing 
NOx. At NOx concentrations above 1.1 ppbv there is a decline in OH and O3 production 
(Holland and Lamarque, 1997). Nitric acid production becomes the dominant end product. 
Nitric acid and peroxynitric acid (HO2NO2) are soluble and are removed from the atmosphere 
by precipitation. Estimates of NOy deposition (Table 3) indicate that a balance between 
emission of NOx and deposition of NOy exists. 

Figure 7. A cartoon depiction of the terrestrial-atmosphere exchange of NOx and deposition of 
NOy (adapted from Williams et al. 1992), Mosier (1998). 

Although the lifetime of NOx in the atmosphere is short (hours to a few days) it can be 
deposited back to earth long distances from its point of origin. Ferm (1998) estimated that dry 
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NOy deposition is rather constant the first 800 km from the emission source then is halved 
approximately every 600 km (Fig. 5). This long distance transport of NOy serves to fertilize the 
global oceans and terrestrial systems. Prospero et al. (1996) estimated NOy deposition to the 
open ocean portion of the North Atlantic Ocean to be about 5 Tg N y"^ or about 25% of the 
NOx emission from North America and Europe. Globally, about 11 Tg of NOy-N are returned 
to agricultural land annually (Table 3) according to model estimates (Holland et al. 1997). This 
NOy deposition was equivalent to 14% of the synthetic N fertilizer used globally in 1990 and is 
not generally included in N budget balance sheets in agricultural systems. 

Table 3. 
Total NOy-N deposition on the earth's surface. Data presented are the mean and range of 
deposition quantities determined by five, 3-dimensional chemical transport models and values 
in parenthesis are the range of the five estimates (Holland et al. 1997), from Mosier (1998). 

Deposition Location NOy-N Deposited 
Mean Range 

TgN 

Oceans 
Land 

ice or deserts 
agricultural areas 
natural vegetation 

forests 
unforested land 

16.2 
22.9 
1.3 
10.6 
10.9 
3.1 
7.8 

11.7-25.8 
15.4-27.6 
1.2-1.4 
6.6-14.1 
7.7-13.8 
2.2-4 
5.4-9.8 

Total Global Deposition 39.1 35.3-41.2 

4. PERSPECTIVES ON SOIL-ATMOSPHERE EXCHANGE OF GASEOUS N 
COMPOUNDS 

Reactive N species are highly mobile through the emissions mainly of NOx and NH3 via 
the atmosphere and release of nitrate into ground and surface waters. These compounds may 
cross national boundaries and be deposited as NOy and NHx or nitrate far from the source of N 
release (Fig. 4 & Fig. 7) (Aber et al. 1995; Matson et al. 1997; Vitousek et al. 1997). Additional 
production of N2O from N deposition and release is part of the anthropogenic N2O global 
budget (IPCC 1997). The redistribution of N from industrial, automobile and agricultural 
sources has and is having profound impacts on the quality of terrestrial and aquatic ecosystems 
on our atmosphere. The recent estimates noted herein indicate that globally, about 150 Tg of 
biologically and chemically active forms of N are emitted to the atmosphere annually (Smil, 
1999). The emission of these compounds have increased exponentially since the end of World 
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War II and can be attributed most directly to fossil fliel combustion, agricultural production and 
biomass burning. 

Deposition of N can stimulate productivity in N-limited grasslands, forests and aquatic 
systems (Galloway et al. 1995; Holland et al. 1997). Excessive N deposition, however, can and 
has led to acidification and eutrophication of aquatic systems (Aber et al. 1995) and to forest 
decline a decrease in plant species diversity and soil acidification (Perm, 1998; Pitcaim et al. 
1998). NOx emissions also contribute to the increase of tropospheric O3 which is damaging 
crop production in some areas of the globe (Holland and Lamarque, 1997). Ozone in the 
troposphere is also a greenhouse gas. N deposition onto formerly pristine areas also contribute 
to increased radiative forcing through increased N2O emissions (Mosier et al. 1998) and 
decreased soil consumption of atmospheric CH4 (Steudler et al. 1989). A large portion of this N 
deposition occurs on agricultural lands (10-20 Tg annually) that needs to be accounted for in 
fertilizer recommendations, an aspect of the agricultural N cycle that has been neglected to 
date. 

Because of the above characteristics of gaseous N emissions, we continue to be faced 
with the challenge of limiting their emissions from food production systems while sustaining 
the systems themselves. Technical advances are allowing accessability of field scale analytical 
devices to a larger number and variety of research groups to permit larger scale assessment of 
NH3, NOx and N2O emissions. A host of such studies are needed to assess the impact of 
changes in management in crop production such as tillage, crop varieties, fertilization timing 
and livestock production. Particularily interesting is the role of plants in the balance of NH3 and 
NOx in the atmosphere. Schjorring and Mattsson (2000) conclude that crops can represent a 
significant input of NH3. Davidson and Kingerlee (1997) note that NOx emissions from 
fertilized fields can be large but that the resorption of NO2 by plant foliage prevents an 
unknown and likely variable amount of NOx from exiting the plant canopy. All of the 
problems, environmental and economic, associated with the loss of N from the soil and its 
redistribution, reinforces the need to more tightly couple the crop and livestock parts of food 
production. 

REFERENCES 

Aber, J.D., A. Magill, S.G. McNulty, R.D. Boone, K.J. Nadelhoffer, M. Downs, and ^R. 
Hallett. 1995. Porest biogeochemistry and primary production altered by nitrogen 
saturation. Water Air and Soil Poll. 85:1665-1670. 

Bouwman, A.P., D.S., Lee, W.A.H. Asman, P.J. Dentener, K.W. Van der Hoek, and J.G.J. 
Olivier. 1997. A global high-resolution emission inventory for ammonia. Global 
Biogeochem. Cycl. 51:561-587. 

Cai, G.X., Z.L. Zhu, A.C.P. Trevitt, J.R. Preney, and J.R. Simpson. 1986. Nitrogen loss from 
ammonium bicarbonate and urea fertilizers applied to flooded rice. Pert. Res. 10:203-215. 

Chameides, W. L., P.S. Kasibhatla,J. Yienger, and H.Levy II. 1994. Growth of continental 
scale metro-agro-plexes, regional ozone pollution, and world food production. Science. 
264:74-77. 

Cleveland, C.C., A.R. Townsend, D.S. Schimel, H. Pisher, R.W. Howarth, L.O. Hedin, S.S. 
Perakis, E.P. Latty, J.C. Von Pischer, A. Elseroad, and M.P. Wasson. 1999. Global 



307 

patterns of terrestrial biological nitrogen (N2) fixation in natural ecosystems. Global 
Biogeochem. Cycl. 13:623-645. 

Cole, C.V., C. Cerri, K. Minami, A.R. Mosier, N. Rosenberg, and D. Sauerbeck. 1996. 
Chapter 23. Agricultural options for mitigation of greenhouse gas emissions, pp 745-
771. In R.T. Watson, M.C. Zinyowera and R.H. Moss (eds.). Climate Change 1995. 
Impacts, Adaptations and Mitigation of Climate Change: Scientific Technical 
Analyses. Published for the Intergovernmental Panel on Climate Change. Cambridge 
University Press, Cambridge, UK. 

Conrad, R. 1996. Soil microorganisms as controllers of atmospheric trace gases (H2, CO, CH4, 
OCS, N2O and NO. Microbiological Reviews. 60:609-640. 

Davidson, E.A., and W. Kingerlee. 1997. A global inventory of nitric oxide emissions from 
soils. Nut. Cycl. in Agroecosys. 48:37-50. 

Delmas, R., D. Serca, and C. Jambert. 1997. Global inventory of NOx sources. Nut. Cycl. in 
Agroecosys. 48:51-60. 

Ehhalt, D.H., F. Rohrer, and A. Wahner. 1992. Sources and distribution of NOx in the upper 
troposphere at northern mid-latitudes. J. Geophys. Res. 97(D4):3725-3738. 
FAO United Nations Food and Agricultural Organization. 1999. FAOSTAT: 
Agricultural Data, are available on the world wide web: 
(http://www.apps.fao.org/cgi-bin/nph-db.pl?subset=agriculture). 

Farquhar, G.D., P.M. Firth, R. Wetselaar, and B. Weir. 1980. On the gaseous exchange of 
ammonia between leaves and the environment: Determination of the ammonia 
compensation point. Plant Physiol. 66:710-714. 

Fenn, L.B., J.E. Matocha, and E. Wu. 1981. A comparison of calcium carbonate precipitation 
and pH depression on calcium-reduced ammonia loss from surface-applied urea. Soil 
Sci.Soc. Am. J. 45:1128-1131. 

Ferm, M. 1998. Atmospheric ammonia and ammonium transport in Europe and critical loads -
A review. Nut. Cycl. in Agroecosys. 51:5-17. 

Fowler, D., C.E.R. Pitcaim, M.A. Sutton, C. Flechard, B. Loubt, M. Coyle, and R.C. Munro. 
1998. The mass budget of atmospheric ammonia in woodland within 1 km of livestock 
buildings. Environ. Poll. 102: 343-348. 

Francis, D.D., J.S. Schepers, and A.L. Sims. 1997. Ammonia exchange from com foilage 
during reproductive growth. Agron. J. 89:941-946. 

Freney, J.R., J.R. Simpson, and O.T. Denmead. 1983. Volatilization of ammonia. In J.R. 
Freney and J.R. Simpson (eds.) pp. 1-32. Gaseous Loss of Nitrogen from Plant-Soil 
Systems. Kluwer Academic Publishers, The Hague. 

Freney, J.R., A.C.F. Trevitt, S.K. DeDatta, W.N. Obcemea, and J.G. Real. 1990. The 
interdependence of ammonia volatilization and denitrification as nitrogen loss processes 
in flooded rice fields in the Philippines. Biol. Fertil. Soils 9:31-36. 

Freney, J.R., O.T. Denmead, P.G. Saffigna, A.W. Wood, L.S. Chapman, and A.P. Humey. 
1991. Ammonia loss from sugar cane fields as affected by fertilizer placement, 
irrigation and canopy development. Proc. of Aust. Soc. Sugar Cane Techs, pp. 38-43. 

Freney, J.R., O.T. Denmead, A.W. Wood, P.G. Saffigna, L.S. Chapman, G.J. Ham, A.P. 
Humey, and R.L. Stewart. 1992. Factors controlling ammonia loss from trash covered 
sugarcane fields fertilized with urea. Fert. Res. 31:341-349. 

Galloway, J.N., W.H. Schlesinger, H. Levy II, A. Michaels, and J.L. Schnoor. 1995. Nitrogen 

http://www.apps.fao.org/cgi-bin/nph-db.pl?subset=agriculture


308 

fixation: Anthropogenic enhancement-environmental response. Global Biogeochem. 
Cycl. 9:235-252. 

Galloway, J.N., H. Levy II, and P.S. Kasibhatla. 1994. Year 2020: consequences of 
population growth and development on the decomposition of oxidized nitrogen. 
Ambio. 23:120-123. 

Hanawalt, R.B. 1969. Environmental factors influencing the sorption of atmospheric ammonia 
by soils. Soil Sci. Soc. Am. Proc. 33:231-234. 

Harper, L.A., R.R. Sharpe, G.W. Langdale and J.E. Giddens. 1987. Nitrrogen cycling in a 
wheat crop: Soil plant and aerial nitrogen transport. Agron. J. 79:965-973. 

Harper, L.A., and R.R. Sharpe. 1995. Nitrogen dynamics in irrigated com: Soil-plant nitrogen 
and atmospheric ammonia transport. Agron. J. 87:669-675. 

Harper, L.A., and R.R. Sharpe. 1998. Atmospheric ammonia: Issues on transport and nitrogen 
isotope measurement. Atmos. Environ. 32:273-277. 

Harper, L.A., D.W. Bussink, H.G. van der Meer. and W. J. Corrre. 1996. Ammonia transport 
in a temperate grassland: I. Seasonal transport in relation to soil fertility and crop 
management. Agron. J. 88:614-621. 

Holland, E.A., and J.F. Lamarque. 1997. Modeling bio-atmospheric coupling of the nitrogen 
cycle through NOx emissions and NOy deposition. Nut. Cycl. in Agroecosys. 48:7-24. 

Holland, E.A., B.H. Braswell, J.F. Lamarque, A. Townsend, J.M. Sulzman, J.F. Muller, F. 
Dentener, G. Brasseur, H. Levy II, J.E. Penner, and G. Roelofs. 1997. Variations in the 
predicted spatial distribution of atmospheric nitrogen deposition and their impact on 
carbon uptake by terrestrial ecosystems. J. Geophys. Res. (Atmospheres). 102(D13), 
15849-15866. 

Hutchinson, G.L., and F.G. Viets. 1969. Nitrogen enrichment of surface water by absorption 
of ammonia volatilized from cattle feedlots. Science. 166:514-515. 

Hutchinson, G.L., R.J. Millington, and D.B. Peters. 1972. Atmospheric ammonia: Absorption 
by plant leaves. Science. 175:771-772. 

IPCC. 1997. Intergovernmental Panel on Climate Change Guidelines for National Greenhouse 
Gas Inventories. Chap. 4. Agriculture: nitrous oxide from agricultural soils and manure 
management. OECD, Paris. 

Kroeze, C, A.R. Mosier, and A.F. Bouwman. 1999. Closing the global N2O budget: A 
retrospective analysis 1500-1994. Global Biogeochem. Cycl. 13:1-8. 

Liu, S.C, M. Trainer, M.S. Carroll, G. Hubler, D.D. Montzka, R.B. Norton, B.A. Ridley, J.G. 
Walega, E.L. Atlas, B.G. Heides, B.J. Huebert, and W. Warren. 1992. A study of the 
photochemistry and ozone budget during the Mauna Loa observatory photochemistry 
experiment. J. Geophys. Res. 97(D 10): 100463-10471. 

Matson, P.A., W.J. Parton, A.G. Power, and M.J. Swift. 1997. Agricultural intensification and 
ecosystem properties. Science 277:504-509. 

Mosier, A.R. 1998. Nutrient redistribution by soil-atmosphere exchange of nitrogn 
compounds, pp 672-684. In O. Van Cleemput et al. (eds.). Fertilization for 
Sustainable Plant Production and Soil Fertility. Int'l. Sci. Centre of Fert. (CIEC). 
Braunschweig/BudapestA^ienna. 

Mosier, A.R. 2000. Exchange of gaseous nitrogen compounds between agricultural systems 
and the atmosphere. Plant and Soil (In Press). 

Mosier, A.R., C. Kroeze, C. Nevison, O. Oenema, S. Seitzinger, and O. Van Cleemput. 1998. 



309 

Closing the global atmospheric N2O budget: nitrous oxide emissions through the 
agricultural nitrogen cycle. Nut. Cycl. in Agroecosys. 52:225-248. 

Neue, U.H. 1992. Agronomic practices affecting methane fluxes from rice cultivation. Ecol. 
Bull. (Copenhagen) 42:174-182. 

Parton, W.J., J.A. Morgan, J.M. Altenhofen, and L.A. Harper. 1988. Ammonia volatilization 
from spring wheat plants. Agron. J. 80:419-425. 

Pitcaim, C.E.R., I.D. Leith, I.J. Sheppard, M.A. Sutton, D. Fowler, R.C. Munro, S. Tang, and 
D. Wilson. 1998. The relationship between nitrogen deposition, species composition 
and foliar nitrogen concentrations in woodland flora in the vicinity of livestock farms. 
Environ. Poll. 102:41-48. 

Prospero, J.M., K. Barrett, T. Church, F. Dentener, R.A. Duce, J.N. Galloway, H. Levy II, J. 
Moody, and P. Quinn. 1996. Atmospheric deposition of nutrients to the North Atlantic 
basin. Biogeochem. 35:27-73. 

Schjorring, J.K. 1995. Long-term quantification of ammonia exchange between agricultural 
cropland and the atmosphere. I. Evaluation of a new method based on passive flux 
samplers in gradient configuration. Atmos. Environ. 29:885-893. 

Schjorring, J.K., and M. Mattsson. 2000. Long-term quantification of ammonia exchange 
between agricultural cropland and the atmosphere. II. Measurements over oilseed rape, 
wheat, barley and pea. Plant & Soil (In Press). 

Sharpe, R.R. and L.A. Harper. 1997. Apparent atmospheric nitrogen loss from hydroponically 
grown com. Agron. J. 89:605-609. 

Simpson, J.R., J.R. Freney, R. Wetselaar, W.A. Muirhead, R. Leuning, and O.T. Denmead. 
1984. Transformations and losses of urea nitrogen after application to flooded rice. 
Aust. J. Agric. Res. 35:189-200. 

Smil, V. 1999. Nitrogen in crop production: An account of global flows. Global Biogeochem. 
Cycl. 13:647-662. 

Steudler, P. A., R.D. Bowden, J.M. Melillo, and J.D. Aber. 1989. Influence of nitrogen 
fertilization on methane uptake in temperate forest soils. Nature. 341:314-316. 

Terman, G.L. 1979. Volatilization losses of nitrogen as ammonia from surface-applied 
fertilizers, organic amendments, and crop residues. In N.C. Brady (ed.). Adv. in 
Agron. 31:189-223. 

Veldkamp, E, and M. Keller. 1997. Fertilizer-induced nitric oxide emissions from agricultural 
soils. Nut. Cycl. in Agroecosys. 48:69-77. 

Vitousek, P.M., J. Aber, R.W. Howarth, G.E. Likens, P.A. Matson, D.W. Schindler, W.H. 
Schlesinger, and D.G. Tilman. 1997. Human alteration of the global nitrogen cycle: 
Causes and Consequences. Issues in Ecology. 1:1-15. 

Wetselaar, R. and G.D. Farquhar. 1980. Nitrogen losses from tops of plants. In N.C. Brady 
(ed.). Adv. in Agron. 33:263-302. 

Williams, E.J., G.L. Hutchinson, and F.C. Fehsenfeld. 1992. NOx and N2O emissions from 
soil. Global Biogeochem. Cycl. 6:351-388. 

Zhu, Z.L., G.X. Cai, J.R. Simpson, S.L. Zhang, D.L. Chen, A.V. Jackson and J.R. Freney. 
1989. Processes of nitrogen loss from fertilizers applied to flooded rice fields on a 
calcareous soil in north-central China. Fert. Res. 18:101-115. 



This Page Intentionally Left Blank



Nitrogen in the Environment: Sources, Problems, and Management 
R.F. Follett and J.L. Hatfield (Eds) 
© 2001 Elsevier Science B.V. All rights reserved 311 

Chapter 12. The Impacts of Nitrogen Deposition on Forest Ecosystems 

K. J. Nadelhoffer 
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Forest plants rely mainly on ammonium (NH4 )̂ released from decomposing litter and 
humus, and often on nitrate (NO3") produced by ammonium oxidizing bacteria ("nitrifiers"), 
to meet their N uptake demands (Waring and Running 1998). Although some forest species 
are capable of taking up amino acids from soils (Nasholm et al. 1998), most N assimilated 
by tree roots is inorganic. Forest litter and soil N pools are maintained, in turn, by organic 
inputs originating as plant materials. The total amount of N in forest floor and soil pools 
typically exceeds the amount in vegetation and is at least an order of magnitude greater than 
the amount of N taken up annually by forest vegetation (Johnson and Curtis 2001). Low 
mineralization and turnover rates of soil and litter N pools combine with the pivotal role of 
N as a component of photosynthetic and respiratory enzymes, to limit annual primary 
productivity (plant biomass production per unit area) in forests. This is particularly true in 
temperate and boreal forests, but is less so in tropical forests where primary production is 
often limited by other elements, often phosphorus (Matson et al. 1999). Therefore, primary 
production in most temperate and boreal forests is considered "N limited" at yearly time 
scales (Vitousek and Howarth 1991). 

Forest litter and soils typically interact with vegetation to form "closed" N cycles in 
which annual rates of plant N uptake per unit area approximately balance annual N returns to 
the forest floors and soil as litter and root material. This closed pattern of N cycling 
contrasts with the more "open" cycles of agricultural systems subjected to fertilizer N inputs 
(Frink et al. 1999). It also differs from the open cycles of many wetland, freshwater and 
marine ecosystems in which inputs from surrounding landscapes, biological N fixation, or 
upwelling bottom waters ftinction to supply much of the N used to support primary 
production (Jahnke 1990, Mitsch and Gosselink 1986, Vollenweider 1968). Increased N 
deposition on forests and other ecosystems with relatively closed cycles has the potential to 
drive forest N cycles to the more open states by increasing the importance of N inputs and 
outputs relative to rates of internal N cycling 

The increases in N emission and deposition that have occurred in industrialized regions 
of the Northern Hemisphere, and which are projected to continue into the future across more 
of Earth's surface (Galloway et al. 1994, Galloway et al. 1995, Holland et al. 1999a), could 
serve to diminish the degree of N limitation of forest growth, to alter forest community 
composition, to change plant-soil interactions, and to open forest N cycles. These responses 
to N deposition have implications not only for forests, but also for the atmosphere and for 
ecosystems that receive nutrient outputs from forests. This chapter summarizes research 
addressing the influences of N deposition on forest N cycles and on forest ecosystem 
structure and ftinction. 
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1. NITROGEN INPUTS 

Although N mineralized from decomposing litter and humus supplies most N taken up 
by forest plants, forest N cycles are not completely closed. In mid-successional and mature 
forests that are not subject to elevated atmospheric N deposition or to recent physical 
disturbance, N inputs are small (<2 to 4 kg N ha~̂  yr"') relative to the -40 to 130 kg N ha'̂  
yr~̂  that cycles between vegetation and soils in temperate and boreal forests (Aber et al. 
1985, Bonan and Van Cleve 1991, Reich et al. 1997). Longer growing seasons in tropical 
and subtropical regions can lead to higher annual rates of N exchange between forest 
vegetation and soils (Vitousek and Matson 1988) with little or no increase in N inputs 
(except where N fixers are active, below). Biological N fixation (the enzymatic reduction of 
inert N2 gas to NH4"̂ ) and atmospheric N deposition, although usually of minor importance 
to plant N uptake on an annual basis under pristine conditions (no anthropogenic N 
deposition), are the primary processes responsible for N accretion in forests. 

1.1. Biological N fixation 
The presence of certain plant species (e.g. Rohinia, Acacia, Alnus, Myrica) capable of 

hosting N-fixing microbial symbionts (Rhizobia, Frankia) in root nodules can increase N 
fixation and the reliance of vegetation on this process to meet N demands. Symbiotic N 
fixation is of greater importance when host plant species are abundant and when other 
elements (e.g. phosphorus, calcium, molybdenum) required by N fixers are in sufficient 
supply (Binkley et al. 1992, Hogberg and Alexander 1994, Liu and Deng 1991). Nitrogen 
fixation by free-living microbes in soils and litter can also function to add N to forests, but 
generally at much lower rates than are required for plant growth (Johnson and Curtis 2001). 
Nitrogen fixation, both by symbiotic and free-living organisms, is typically more important 
early in primary succession than in mid- or late succession, on N-deficient than more N-rich 
soils, and in tropical and sub-tropical regions than in temperate and boreal regions soils 
(Binkley et al. 1992, Vitousek and Sanford 1986 , Zou et al. 1995). 

1.2. N deposition 
Before the industrial age, rates of atmospheric N deposition on forests were exceedingly 

low and contributed insignificantly to N uptake by vegetation (Galloway et al. 1982, Hedin 
et al. 1995, Likens et al. 1987). Most of these inputs were as NO3' (generated by lighting-
driven N2 oxidation) and particulate organic N that is not immediately available to plants. 
Increases in fertilizer use, animal husbandry and fossil fuel combustion, especially during 
the latter half of the 20̂ *̂  century, have served increased emissions of NH;̂  (= NH3 and NH4 )̂ 
and NO;c (= NO and NO2). Transport and transformations of NH;̂  and NO;̂  in the 
atmosphere have led to elevated deposition of biologically active N (mostly NHx and NOs") 
on forests, particularly in populated temperate areas in eastern North America, central and 
western Europe, and far eastern Asia (Galloway et al. 1995, Holland et al. 1999a). 

Atmospheric N deposition rates on forests vary widely across industrialized regions in 
the North Temperate Zone. Total inorganic N deposition (wet plus dry) ranges from about 3 
to 32 kg N ha~̂  yr"̂  in North American forests (Fenn et al. 1998, Ollinger et al. 1993) and 
from about 1 to 75 kg N ha"' yr"' in Europe (Disc and Wright 1995). The highest deposition 
rates typically occur near agricultural "hot spots" of intensive fertilization or dense animal 
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concentrations where ammonia volatilization occurs, near point sources of NO;, emission, 
and at high elevations subject to fog and cloud droplet formation (Bytnerowicz and Fenn 
1996, Glatzel 1990, Lovett and Kinsman 1990, van Breemen and van Dijk 1988). 
Interpolations of N deposition measurements across regions, such as by Ollinger et al. 
(OUinger et al. 1993), illustrate the influences of elevation and distances from emission 
sources on the spatial pattern of N deposition (Figure 1). 

Because their plant canopies are taller and more irregular than either cropland and 
pasture canopies, forests typically intercept more inorganic N ions (and other pollutants) 

Total N Deposition 

(Kgha-1 yr-1) 

3.32-4.02 • 
4.03^4.74 • ! 
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Figure 1. Patterns of N deposition in the northeastern US. Higher rates occur near 
to sources of N emission in the Midwest and Mid-Atlantic regions (from the southwest) 
and at higher elevations. Modifed from Ollinger et al. (1993). Courtesy of S. Ollinger 

than do adjacent ecosystems of lower stature (Fowler et al. 1999). Given this, and the 
presence of point sources of N emissions that can contribute high N deposition in small areas 
(Fowler et al. 1998a, Pitcairn et al. 1998), many forest stands are subject to higher N 
deposition rates than predicted by regional models (Fowler et al. 1998b, Sutton et al. 1998). 
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2. EFFECTS ON FOREST STRUCTURE AND FUNCTION 

Elevated N deposition was not recognized as an important stressor relative to other 
atmospheric pollutants such as sulfuric acid and ozone until the mid 1980s (Aber 1992). 
This initial lack of attention to N deposition as a potential pollutant resulted from recognition 
that tree growth and primary production in forests are often limited by N availability, which 
in turn is largely dependent on decomposition and N mineralization processes. In fact, a 
major focus of forest nutrient cycling research before the 1980s was on the long-term 
implications of forest product removal for N cycling (Aber et al. 1979). In the early 1980s, 
however, reports of soil acidification and "forest decline" in European regions subjected to 
highly elevated ammonium inputs led to speculation that elevated N deposition could 
eventually lead to forest productivity declines, soil acidification and stream water nitrate 
contamination (Nihlgard 1985). 

Nihlgard's 1985 "ammonium hypothesis", together with reports increasing nitrate levels 
in forest streams along N deposition gradients (Driscoll et al. 1987, Grennfelt and Hultberg 
1986), led to various investigators to propose "Nitrogen Saturation" as the possible end point 
of forest responses to chronically elevated inputs of reactive N from the atmosphere (Aber et 
al. 1989, Agren and Bosatta 1988, Skeffington and Wilson 1988). Although differing in 
some respects, these definitions all addressed the possibility that elevated N deposition could 
lead to perturbations of the N cycle and the biological and physical processes that otherwise 
serve to assimilate and retain N inputs in forests. In short, these conceptual models suggested 
that elevated N deposition could lead to the transition of forest N cycles from closed to open 
states. At the end-point of N Saturation, N outputs from forests might eventually approach 
or even exceed N inputs. Moreover, these N Saturation models proposed various 
mechanisms and interactions to explain how "N-limited" ecosystems such as forests might 
"leak" biologically reactive N forms. The proposed effects of N deposition on key 
biogeochemical proposes have been and are subjects of active research, the results of which 
provide a basis for assessing how forest structure and function are influenced by N 
deposition. 

One view of N saturation is that of stages of responses to chronically elevated N 
deposition (Aber et al. 1995, Aber et al. 1998, Aber et al. 1989). In this view, plant and soil 
processes undergo transitions from closed to open N cycles resulting from biogeochemical 
responses to N inputs (Figure 2). This model posits that initial responses of N-limited 
forests to elevated deposition (Stage 1) are small. However, increases in foliar biomass and 
primary production would likely be below the detection limits of field measurements. The 
most likely "indicators" of forest response to N deposition are likely to be increased N 
tissues such as leaves and fine roots rather than growth responses. Higher N concentrations 
in these tissues would allow for greater resource uptake (carbon by leaves and nutrients by 
fine roots) and possibly promote tree growth. Soil responses in during Stage 1 could include 
increases in N mineralization due to greater N inputs as leaf litter and fine root death. 
Higher N mineralization rates, together with increased N deposition, would increase 
ammonium availability to nitrifiers and thereby increase nitrification (net NOs' production). 
Increased nitrification would (1) change the ratio of ammonium to nitrate available to tree 
roots; (2) stimulate the production of N2O, NO and N2 gasses (denitrification), and (3) lead 
to NO3" leaching losses. In summary, the possible initial responses to elevated N deposition 
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Figure. 2. Conceptual model of forest biogeochemical responses to chronically 
elevated N deposition. Stage 0 represents pristine conditions. Stage 1 follows the 
onset of elevated N deposition. Where N limits growth, increases in foliar and fme 
root N could leato increased N concentrations and turnover rates in resource leaves 
and fme roots, and higher net primary production (NPP). These increases, however, 
might be difficult to detect, particularly at low rates of N input. Nitrate losses above 
background levels can occur, but they are not large. If forests advance to Stage 2, 
nitrate losses increase and biomass responses are more easily detected. If forest 
decline (Stage 3) occurs, tree mortality is high, NPP decreases, and exports of nitrate 
and oxidized N gasses increase. Variations of lines along the jz-axis indicate qualita-
tive changes for the individual processes or properties as elevated N deposition 
progresses. Adapted from Aber et al. (1989, 1998) and Nadelhoffer 2000. 
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include higher N availability, higher N concentrations in foliage and roots, greater 
production and turnover of foliar and root tissue, increased N cycling between vegetation 
and soils, increased nitrification and nitrate availability to roots, and increased gaseous and 
dissolved nitrate outputs. 

The duration of Stage 1 responses to elevated N deposition varies according to the 
intensity and duration of N deposition, land-use history and soil characteristics (Aber et al. 
1995) and is not easily predicted. Forests subject to chronically elevated N deposition, 
particularly those on infertile, base-poor soils (low exchangeable calcium and magnesium 
levels) can progress to Stage 2 (Figure 2). At this later stage, nutrient imbalances in plant 
tissues (below) can lead to growth declines. Also, N availability in excess of plant demands 
can lead to even greater rates of nitrification, denitrification, nitrate leaching loss and soil 
acidification. Stage 4 represents the end of this progression and is characterized by tree 
mortality and N outputs equaling or even exceeding N inputs. This stage is likely to be 
followed by major changes in plant species composition and a period of ecosystem re-
equilibration to greater N cycling rates and increased soil acidity. The hypothesized 
responses of forests to N deposition are discussed in the following sections in detail. 

2.1. Plant processes 
Elevated N deposition directly influences forest N cycles by increasing input N: internal 

N cycling ratios and the amounts reactive N available for uptake by forest plants and 
microbes. In addition to these direct effects, N deposition can alter feedbacks between 
plants and soil processes. For example, increases in leaf or fine root N concentration 
occurring due to plant uptake of atmospheric N inputs could lead to higher N concentrations 
in plant litter inputs to soils, faster litter decomposition, and greater N mineralization 
(Hendricks et al. 2000, McClaugherty et al. 1985, Melillo et al. 1982). Such changes in leaf 
and root litter chemistry and any accompanying increases in N mineralization could 
feedback to increase N availability to plants more than would be expected from elevated N 
inputs alone. Likewise, increased uptake of N inputs by decomposers {microbial 
immobilization) could increase microbial turnover, thereby increasing N mineralization and 
N cycling between plants and soils. 

Forest N cycling studies typically show foliar N concentrations increasing along 
atmospheric N deposition gradients and in response to experimental N additions (Burton et 
al. 1993, Magill et al. 2000, Magill et al. 1996, McNulty et al. 1991, McNulty et al. 1990). 
Although N concentrations often increase with N inputs, reports of decreased foliar Mg or 
Ca and increase foliar Al concentrations (Hutchinson et al. 1998, Schulze 1989, van der 
Eerden et al. 1998, Wilson and Skeffington 1994) suggest N deposition can lead to nutrient 
imbalances in trees. More recently, free amino acids (arginine) and polyamines (e.g. 
putrescine) indicative of plant stress have been shown to increase in pine and oak foliage in 
response to chronic N additions (Calanni et al. 1999, Minocha et al. 2000). Such nutrient 
imbalances are possible reasons why increases in primary production under elevated N 
deposition are sometimes short-lived or not detectable (below). 
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2.2. Soil processes 
As with foliage, N concentrations also increase (or C:N decreases) with N deposition 

or fertilizer N additions to forests. (Emmett et al. 1998, McNuhy et al. 1991). These 
decreases in forest floor C:N ratios could result from higher N concentrations in litter and 
senesced root inputs, from greater consumption of labile C in litter when N demands of 
microbes are met by increased deposition, or both. N deposition can also influence N 
processing and the acid-base relations as described below. 

Mineralization and nitrification- Elevated N deposition can, at least initially, stimulate 
net rates of N mineralization nitrification, or both (Kjonaas et al. 1998, McNulty et al. 1990). 
However, long-term studies suggest that N mineralization rates can eventually decline in 
response to N deposition, whereas nitrification rates can continue to increase or remain 
elevated above initial conditions (Aber et al. 1995). Increases in N mineralization and 
nitrification, whether transient or of long duration, probably result from feedbacks caused by 
inputs to soils of N-enrich plant and microbial tissues. Recent work suggests that the long-
term decreases in N mineralization in response to elevated inputs might result from increases 
in carbon limitation of microbial activity and suppression of microbial production of humus-
degrading enzymes (Berg 2000, Berg and Matzner 1997, Fog 1988). Increases in 
nitrification have important implications for soil acid-base relations, the availability of other 
nutrient ions to forest plants, and nitrogen outputs to the drainage water and the atmosphere. 

Soil acid-base relations- Mineralization of one unit of organically bound litter or 
humus N consumes one unit of acidity or H^ (Figure 3). If the N H / produced by 
mineralization is taken up and re-assimilated into plant (or microbial) biomass, a unit of H^ 
is produced, resulting in no net change in acidity of the system. If, however, the mineralized 
N H / is nitrified (oxidized by nitrifiers), two units of H^ are produced, yielding one unit H^ 
for the combined mineralization and nitrification of a single organic N unit. If NOs" 
produced by nitrification is taken up and assimilated into biomass, the H^ produced from 
mineralization pluse nitrification is consumed and the acidity of the system remains 
balanced. Likewise, if soil NOs" is denitrified, acidity is consumed. When NOs" is not 
assimilated into biomass or denitrified, the H^ generated during mineralization and 
nitrification increases forest soil acidity. 

Because nitrate ions and clay-humus particle surfaces in most temperate forests are 
negatively charged, NOs" is readily leached with drainage water if it is not taken up by 
organisms or denitrified (Johnson and Lindberg 1992). The strong affinity of H"̂  ions for 
negatively charged surfaces of soil particles, can lead to the displacement of cations such as 
Ca"̂  , Mg^ , and K^ from particle exchange surfaces. These displaced "base cations" are 
then leached together with unassimilated NO3" to maintain the charge balance of water 
moving from forest soil profiles. This can lead to partial depletion of base cations from 
soils, followed by increasing exports of H^ and A\^^ ions (Johnson et al. 1991, Reuss and 
Johnson 1989, van Breemen and van Dijk 1988). 
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Figure 3. A simplified representation of forest N cycling influences on soil acidity. 

Inputs from the atmosphere and outputs to drainage waters are shown in italics. Ovals 
enclose soil processes (left) and plant processes (right). Dashed lines indicate soil-plant 
exchanges (plant N uptake or organic N return to soil). Solid lines show processes within 
soils or plants. Dotted lines show fluxes into or out of forests. Values in brackets refer to 
net consumption [-] or production [+] of 1 mol H^ associated with processesing of 1 mol 
N. When forest N cycles are closed (small N inputs and outputs), the sum of H^ consumed 
and produced by soil and plant processes is zero and no acidity is generated. When 1 mol 
of organic N is mineralized (1 mol H^ consumed) and subsequently nitrified (2 mol H^ 
produced), 1 mol H^ remains to acidify soil or drainage water if nitrate is not removed 
from soil and converted to organic form by plants. Denitrification to any of three gaseous 
products consumes 1 mol H .̂ Direct inputs of acidity can also result from ammonium and 
nitrate deposition. See Kennedy (1986) for details. 

2.3. Drainage water quality 
Although plant growth and primary production in temperate and boreal forests is 

typically N-limited, NOs" exports to ground water or streams can increase along N 
deposition gradients (Driscoll et al. 1987, Gundersen et al. 1998, Nodvin et al. 1995, Riggan 
et al. 1985) and in response to experimental N additions (Kahl et al. 1993, Magill et al. 1997, 
Tietema et al. 1998). Therefore, elevated nitrate in drainage water is considered an indicator 
or the onset of N saturation. Exports of nitrate and acidity from N saturated forests can have 
toxic effects on freshwater organism (Baker et al. 1996, Stoddard 1994) and can contribute 
to coastal eutrophication (Jaworski et al. 1997). 



319 

Stoddard (1994) linked stream nitrate concentrations in forested catchments to N 
saturation stages as described by Aber et al. (1989). He showed that nitrate concentrations 
in streams draining N limited forests subject to low, background levels of N deposition 
(Stage 0, sensu Aber et al. 1989) would be near zero throughout an annual cycle (Figure 4). 
Low nitrate concentrations at Stage 0 result from complete uptake of N deposition by 
vegetation and soil microbes during growing seasons and small amounts nitrate export 
during winter thaw events and spring runoff After the onset of elevated N deposition, or 
Stage 1, the N cycle becomes more open and nitrate losses during spring increase. As the 
duration and magnitude of N inputs increases and forests progress to Stage 2, smaller 
proportions of the nitrate generated by nitrification and nitrate inputs are removed from soil 
solution by plants and microbes and greater proportions are exported to groundwater. This 
results in increased nitrate exports to streams during storm events and baseflow. If 
catchment forests progress to Stage 3, N cycles become completely open as biological sinks 
for nitrate decrease and nitrate exports increase. 

WINTER/SPRING 

Stage 0 
SUMMER/FALL 

DEPOSITiON 

NH4 NO3 
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Stage 3 
WINTEFVSPRING 

DEPOSITION 

Noi NHJ^^N:::^^ 

SUMMER/FALL 
DEPOSmON 

NH4 N03 

Figure 4. Diagrams for Stages 0 through 3 (above) are schematic representations of 
changes in nitrate concentrations of stream water associated with shifts from N-Hmited to 
increasingly N-saturated conditions of forests within catchments. Arrow thickness shows 
the magnitude of processes during winter-spring and summer-fall. See text for details. 
Adapted from Stoddard (1994) 

Stoddard's 1994 analysis provided quantitative examples of forest streams at all stages of 
N saturation in the US. His analysis suggested that nitrate losses from North American 
forests contribute to episodic acidification in regions subject to elevated N deposition. It 
ftirther suggested that chronic acidification of freshwaters, as reported in European 
catchments subjected to higher levels of N deposition is common. For the US, in contrast, 
chronic acidification of streams due to nitrate exports from forests is uncommon. 

2.4. Atmospheric feedbacks 
Although ammonia can be released from non-acidic soils as ammonia gas from alkaline 

soils and animal manure, forest soils are typically too acidic for ammonia volatilization 
(Schlesinger and Hartley 1992, Sutton et al. 1993). Therefore, the major process capable of 
returning N to the atmosphere from forests is denitrification, the production of NO, N2O or 
N2 gases. Although NO and N2O can be produced as by products of intermediate steps of 
nitrification, most NO and N2O released from forest soils is the result of NO3 reduction in 
moisture saturates soils or aggregates (Firestone and Davidson 1989). Denitrification, 
particularly N2O production, has been shown to increase with N additions to forests 
(Bowden et al. 1991, Firestone and Davidson 1989). Although the total N exports via 
denitrification are typically small compared to N inputs and plant N uptake in most forests 
(Bowden et al. 1991, Castro et al. 1994), N2O losses of up to 20 kg N ha"̂  yr"̂  have been 
reported in Dutch forests subject to very high (-60 kg N ha'̂  yr"') deposition rates (Tietema 
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et al. 1991). Even though N losses via denitrification are often small components of total 
forest N budgets, increased emissions of N2O due to elevated N deposition have the potential 
to contribute to the rising atmospheric concentration of this greenhouse gas (Holland et al. 
1999b, Lashof and Ahuja 1990, Skiba et al. 1998). 

Forest soils are normally a sink for methane (CH4), another effective greenhouse gas 
that is increasing in the atmosphere. N deposition, however, can decrease methane 
consumption, apparently due to inhibition of methanotrophy (microbial methane oxidation) 
by increased ammonium availability (Goulding et al. 1998, Saari et al. 1997, Steudler et al. 
1989). 

In summary, elevated N deposition has the potential to increase atmospheric N2O and 
CH4 concentrations by stimulating production of the former and inhibiting consumption of 
the latter gas in forest soils. As with solution losses of nitrate from forests, the effects of N 
deposition on exchanges of these two greenhouse gases are likely to increase as forests 
progress to later stages of N saturation. Developing reliable quantitative estimates of the 
influences of N deposition on forest-atmosphere N2O and CH4 balances is an important 
challenge to environmental science and global biogeochemistry. 

2.5. Community composition 
Changes in the availabilities of growth limiting resources such as inorganic N can 

ultimately lead to changes in plant community composition by altering competitive relations 
among species (Wilson and Tilman 1995). It is likely, therefore, that increases in N cycling 
rates and nitrate availability that can result from elevated N deposition can lead to changes in 
forest species composition. This has been reported for ground flora and lichens in European 
forests (Buecking 1993, van der Eerden et al. 1998, van Dobben et al. 1999) and under 
experimental N additions in the US (Rainey et al. 1999). Increased turnover of fine roots 
associated with increased N cycling (Fig. 2) and changes in soil chemistry and plant nutrient 
uptake associate with N deposition can also lead to declines in mycorrhizal fungi (Arnolds 
1991, Ruehling and Tyler 1991, Wallenda and Kottke 1998). Changes in mycorrhizal 
species and abundances could have important implications for carbon storage and N 
retention in forest soils (Aber et al. 1998). 

The progression of forests through various stages of N saturation is likely to lead to 
changes in forest tree species composition as well as in microbial and ground flora species. 
The most likely shifts are from conifer species with high N use efficiencies to deciduous tree 
species with lower N use efficiencies and higher N uptake requirements (McNulty et al. 
1996). Results from long-term studies of forest responses to N deposition will be required to 
fiarther identify how long-lived species such as dominate most forests will respond to N 
deposition. 

3. PRESENT AND FUTURE FOREST ECOSYSTEM RESPONSES TO 
ELEVATED N DEPOSITION 

Most temperate and high latitude forests, even in regions with relatively high rates of N 
deposition, have not progressed to the advanced stages of N saturation where growth 
declines occur and N cycles become open. For example, Binkley and Hoberg (1997) showed 
that although N deposition has increased above background levels in Sweden, only isolated 
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stands near the southwest coast (where N deposition is highest) show evidence of elevated 
nitrate leaching. Elsewhere in Sweden, forest growth has increased due to changes in forest 
management, successional status, and possibly other factors such as climate change and N 
deposition. Likewise, forest biomass in eastern North America (Birdsey 1992, Brown et al. 
1999) and Europe (Kauppi et al. 1992) has increased in recent decades despite elevated N 
deposition. 

Increases in forest growth accompanying increases in N deposition in north temperate 
regions suggest that atmospheric N inputs might be fertilizing forests by partially alleviating 
N limitations to growth. Recent modeling studies suggested that such a fertilization effect 
could contribute significantly to CO2 uptake by forests in the North Temperate Zone if most 
N deposition is taken up into plants and not into soil pools with long turnover times (Holland 
et al. 1998, Townsend et al. 1996 ). However, experiments simulating atmospheric N 
deposition by applying ammonium or nitrate fertilizers to forests in small increments across 
annual cycles typically do not show increased tree growth when N additions are less than 
about 75 kg ha" yf\ the upper limit of N deposition reported in the temperate regions 
(Emmett et al. 1998, Johnson 1992, Magill et al. 2000, Magill et al. 1997). These studies, 
together with ^̂ N tracer experiments conducted in combination with low-level N additions 
(Nadelhoffer et al. 1999) suggest that most N deposition is immobilized in soils rather than 
taken up by trees. Therefore, evidence suggests that increases in forest biomass and the 
consequent uptake of CO2 is more likely due to increase in forested areas in the region, 
forest management practices, and climate change than to N deposition. It should be noted, 
that although experimental evidence does not implicate N deposition as a factor increasing 
forest tree growth, elevated N inputs and increased litter N content have been shown to 
decrease humus decay (Berg 2000, Berg and Matzner 1997, Fog 1988). Thus, even though 
N deposition often increases decomposition rates of fresh forest litter, it could be 
contributing to soil C accumulation in forests and other terrestrial ecosystems by stimulating 
humus formation and slowing humus turnover. 

Although most forests are not presently N saturated and nitrate outputs from forests at 
large regional scales are not closely related to N deposition rates (Van Miegroet et al. 1992), 
N saturation has been shown to occur in sensitive areas. Moreover, input-output analyses of 
forests exporting nitrate above low background levels show correlations between rates of 
atmospheric N deposition and nitrate leaching (Johnson and Lindberg 1992, Tietema et al. 
1997). Other factors such as forest floor C:N ratios (Emmett et al. 1998), forest stand age 
and successional status (Vitousek and Reiners 1975), and land use history (Aber et al. 1997, 
Magill et al. 1997) explain much of the variation in nitrate leaching not attributable to N 
deposition rate. In general, late stage N saturation with open N cycles is more likely when N 
deposition is high, forest stands are either old or late-successional, soils are poorly buffered 
(low levels of exchangeable Ca^ ,̂ Mg"̂ ,̂ K"̂ ) and previous management practices have not 
removed large amounts of soil N from ecosystems. High elevation, steep topography, short 
growing seasons, and exposure to other stresses (e.g. elevated ozone) can also contribute to 
nitrate losses (Fenn et al. 1998). A major question is whether forests receiving low to 
intermediate levels of N deposition that are not old or late-successional and are not 
characterized by low forest floor C:N ratios or poorly buffered soils will eventually enter the 
later stages of N saturation as have some forests with high rates of N input (-20 to >60 kg N 
ha^ yf^). 
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A major question regarding the long-term effects of elevated N deposition on forests is 
whether forests receiving low to intermediate levels of N deposition will eventually become 
N saturated with N cycles that undergo transition from closed to more open states such as 
has occurred in some forests subject to high levels of N inputs (-20 to >60 kg N ha"̂  yr" )̂. 
Answering this question will require continued long-term study of forest responses to N 
deposition and improvements in understanding of controls on N movements between plant, 
microbial and non-living components of forest ecosystems. 

Although anthropogenic N deposition has influenced temperate and high latitude forest 
thus far, social and economic factors are expanding the global distribution of elevated N 
deposition to sub-tropical and tropical forests occupying lower latitudes (Galloway 1998). 
As tropical forest growth is often limited by elements other than N, increased N inputs could 
lead to more rapid increases in nitrate leaching and denitrification in these systems than have 
been observed in higher latitude forests (Matson et al. 1999). Recent work by Hall and 
Matson (1999) has suggests that P-limited forests in tropical regions have much higher 
potentials to release N oxides following the onset of elevated inputs than to N-limited 
forests. The shift in distribution of N deposition to lower latitudes where forest growth is not 
typically N-limited, together with a paucity of studies on the effects of N deposition on 
biogeochemical and ecological processes, limits our ability to predict the long-term effects 
of increased N deposition on tropical forests. 
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Nitrogen from soil, fertilizer, and manure sources is inefficiently used (30 to 60%) in 
most crop production systems. As a consequence, unused inorganic N can move off crop 
fields and contaminate surface and ground waXcr resources. Governments have responded 
with guidelines, standards, regulations, and in some cases fines when off-field losses of N 
have not been reduced. Numerous technologies and time-proven practices are available for 
producers to employ that will result in improved crop N use efficiency. We review in this 
chapter tools currently available, or that are soon to be available, to help producers make 
better N management decisions. Soil and crop measurements are considered and compared. 
Nonetheless, "on-farm" implies that producers will be at the center of implementing change, 
and "change" means N management options will motivate producers to action. Prerequisites 
for grower adoption require that technologies and practices be reliable, incur minimal 
additional expense (time and equipment), and integrate with ease into current operations. 
When these criteria cannot be met, external incentives (e.g., regulation, private or 
government cost sharing programs) may be necessary. 

1. INTRODUCTION 

Modem agriculture has come to embrace the concepts of environmental stewardship as a 
necessary component of crop production. The stories and studies that have documented 
agricultural nutrients moving into and impairing ground and surface waters and the 
environment in general (e.g., see Vitousek, 1994), an outcome which has often been followed 
by stepped-up governmental regulation, have compelled producers to consider nutrient 
management as more than an economic decision. As a nutrient, nitrogen (N) is the main 
fertilizer with global environmental effects. In most agricultural settings, soil N is insufficient 
for healthy non-leguminous crop growth; consequently yield enhancement with N fertilizer 
typically ranges from 10 to 200 %. The visual and subsequent yield response to inexpensive 
N fertilizer reinforces growers' reliance on it for profitable production. However, because of 
the inherent chemical properties of N, it plays a major role in dynamic, climate-mediated 
biological processes. Nitrogen transformation and transport in soil and water is complex, 
making efficient management of N in the food, forage, and fiber production system 
complicated. Nevertheless, our hope is to do better. Developing more efficient N 
management systems for agriculture should be a quest pursued by producers, agribusiness, 
and researchers around the globe. 

Crop N needs-including N source, amount, and timing issues-are difficult to anticipate 
because of spatial (within and between fields) and temporal (within and between growing 
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seasons) variability. As a consequence of this variability, N management strategies have 
shown different levels of effectiveness in meeting crop needs and minimizing environmental 
losses. Seldom will a single N management plan used over multiple years result in optimal N 
use for each of those years, at least when considering both the crop and the environment. 
Nitrogen use efficiency of crops varies greatly both between years and between different 
crops. It rarely exceeds 70 % (Pierce and Rice, 1988) and more often ranges from 30-60 % 
(Bock, 1984; Pierce and Rice, 1988) for many crops. 

In essence, the N cycle is leaky (Figure 1). Losses to water and the atmosphere are part 
of the natural global N cycle. However, the conversion of stable atmospheric and organic N 
into reactive forms by energy production, fertilizer production, cultivation of legumes, 
plowing old grasslands, forest burning and land clearance, and the drainage of wetlands is 
reckoned to have doubled the amount of reactive N in the environment (Goulding et al, 
1998). New reactive N when mobilized can be readily transported in solution or via the. 
atmosphere so that local increases spread regionally and globally. The ultimate fate of this 
extra reactive N is uncertain. Much of it, as with much of the extra carbon dioxide, is 
'missing' (i.e., current measurements and calculations cannot account for it). It could be 
denitrified to N2 or be accumulating in the atmosphere, soils, groundwater, land vegetation, 
oceans and marine sediments, changing ecosystems through eutrophication and acidification. 

Atmosphere 
Offtake N, fixation Meat P*«<*« 

[Y 0_A>-
NH, volatilization Deposition 

Figure 1. A simplified nitrogen cycle 

Given the evasiveness of N and leakiness in the soil-plant system, many producers and 
researchers have asked, "Can we really do better?" New technologies, such as Global 
Positioning Systems (GPS), are enabling more spatially accurate measurement, and thus 
management, of soil and crop spatial variability. Consequently, a new generation of 
management options being developed hold promise for improving N use efficiency in crop 
production systems. Future management systems will rely upon a combination of new and 
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improved technological tools along with time-proven practices that together are jointly 
responsive to the N dynamics in the crop-soil environment. 

This chapter will focus on describing the technologies and practices that either have 
helped producers use N more efficiency or have shown promise in doing so. The phrase "N 
use efficiency" (NUE) is widely used in agricultural and ecological studies. However, it 
connotes various explicit meanings that depend on what measurements and calculations are 
made (Bock, 1984; Pierce and Rice, 1988). Since no standard NUE definition is available for 
the myriad of practices and technologies discussed here, the phrase will be used in this 
chapter to mean a general concept of crop uptake and utilization of soil and fertilizer N. 

The chapter provides an overview of the situation primarily in Europe and North 
America. Those wanting more detail of the North American position can find this in 
Hargrove (1988), Follett et aL, (1991), and Havlin and Jacobsen (1994). Those wanting to 
learn more about the European situation are directed to Romstad et al (1997) or, for the UK 
alone, Davies (2000). For an analysis of N management under irrigated agriculture see 
Rauschkolb and Homsby, 1994. The issues of fertilizers and the environment are dealt with 
in other chapters of this publication, as well as other recent works (Howarth, 1998; Rengel, 
1998;Laegride/a/.; 1999). 

2. TRIED AND TRUE PRACTICES 

The application of N fertilizer to agricultural crops is generally very cost-effective, i.e. 
the cost of applying it is far outweighed by the extra value of crop obtained. This has 
encouraged farmers to apply plenty of N to ensure they get the most economic return, usually 
close to the maximum yield. This in turn creates a surplus of inputs compared to outputs in 
product, which and leaves N at risk of loss to the environment. Figure 2 shows a graph of 
crop yield and quantity of N leached against each amount of N fertilizer applied. Applying 
more N than is needed for optimum yield greatly increases the potential for losses from the 
crop-soil system. 

Nitrogen surpluses vary. Generally, the efficiency of conversion of N inputs into 
products for arable crops can be 60-70% or even more, but for livestock systems a 20% 
efficiency is good. Table 1 shows average N surpluses for some countries in the European 
Union and the U.S. expressed on an area basis. Those countries with the highest intensity of 
livestock production have the largest average surpluses, but the averages mask big 
differences between farms. Some farms have N surpluses of > 1000 kg ha"̂  yr'^ Surpluses 
for UK arable crops have been reducing because of environmental and economic pressures 
and improved technologies (Figure 3). 

Factors that control N use efficiency under Northwest European conditions have been 
examined for the UK (Davies, 2000). The weather dominates N loss through the impact of 
rainfall and temperature on drainage, crop growth, and N utilization. For livestock systems, 
the problem of the relative inefficiency of the animal in utilizing N is not easily overcome, 
and our understanding of N efficiency is far from complete. However, it is clear that the 
better utilization of legumes and manures can have a major impact. Manipulation of diets 
also holds some promise. 
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N leached as bars (kg/ha/yr) Yield as line (t/ha) ^^ 
100 r- -1 10 

N applied (kg/ha/yr) 

Figure 2. A nitrogen response curve and corresponding leaching losses from the Broadbalk 
experiment at Rothamsted. 

Table 1. Country-wide N surpluses (annual fertilizer + manure 
applied - crop N removal in grain) for some EU countries and the 
U.S. (kg ha'̂  yr'^). 

N Surplus 

Netherlands 

Belgium 

Germany 

France 

UK 

Portugal 

United States 

321 

170 

121 

73 

59 

6 

3 
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Figure 3. Nitrogen fertilizer applied and removal by winter wheat in England and Wales, 
1974-1997. 

The position is most clear for arable and horticultural systems, and a set of best management 
practices for optimum N use efficiency are globally applicable, including: 

Farmers should choose the highest-yielding variety appropriate to maximize the use 
of available N (bearing in mind quality, e.g., for milling). 

• A green cover should be maintained as much as practicable. Use a cover crop if 
necessary and drill autumn-sown crops early. However, this must be balanced against 
effective weed, pest, and disease control. 

• Fertilizer requirements should be calculated using a fertilizer recommendation 
system, allowing for soil mineral N, mineralized N from soil organic matter, crop 
residues, legumes, and manures. 
Nitrogen management strategies should start with a good understanding of 
precipitation patterns and variability in order to minimize N loss but not be N 
deficient with the crop. 
As reasonable as possible, synchronize N applications with crop needs. Nitrogen 
applications should be timed for optimal N use by the crop. Fall N should be applied 
only to those crops that need it. Unnecessarily early spring applications of fertilizer 
should be avoided. Applications should be timed to provide N when the crop is 
growing rapidly. Use of a starter fertilizer and banding for vegetables can greatly 
increase the efficiency with which the N is used. 
Leaching losses may be reduced by splitting spring fertilizer applications, but yield 
benefits should not be expected. For sandy soils, timing of N applications with crop 
need is crucial since leaching potential is high. 
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Fertilizers and manures should be applied evenly, and well away from watercourses, 
with a properly calibrated spreader. 
Appropriate controls to minimize pest, disease, and weed infestation are essential 
because a diseased crop is less able to use its N. 
If irrigation is required, this should be done carefully, i.e., only to support crop yield 
and using a scheduling system that accounts for precipitation. 
Irrigation systems that deliver water non-excessively (irrigation rate, infiltration rate) 
and evenly over the field can be used for spoon-feeding N in the irrigation water 
(fertigation). 

These best management practices have been proven throughout the world. In the UK, 
limitations on total N application rates and the timing of manure applications were tested in 
Nitrate Sensitive Areas (NSAs). In December 1998, enforcement was initiated in 68 Nitrate 
Vulnerable Zones (NVZs) covering 600,000 ha. Results from measurements and modeling 
studies in NSAs showed a significant reduction (about 20%) in N usage and losses (Dampney 
et al, 2000). Experiments at the International Maize and Wheat Improvement Centre 
(CIMMYT), Mexico, showed that changing N application and irrigation schedules allowed 
inputs to be reduced by almost 30% (250 down to 180 kg ha'̂ ) and leaching losses reduced 
by 49 to 70 kg ha"^ while yields were maintained. For horticultural crops, research has 
shown that fertilizer applications to brassica rotations can be reduced by 50% without loss of 
yield if residual N is taken into account, and using starter or banded fertilizers on vegetable 
crops can reduce leaching losses by up to 75% (Rahn et ai, 1993). 

On a larger spatial and temporal scale, a change of rotation or type of farming system 
can reduce losses. Organic farming can result in smaller leaching losses over a rotation, but 
careful management during the plowing out of the leguminous phase is required because this 
releases large amounts of N through mineralization. Some crops may not be able to utilize all 
the N released, resulting in large losses in that year. A very thorough review of N efficiency 
in organic agriculture was made by Kristensen (1995). Integrated Farming Systems (IFS) are 
proving to be both profitable and less polluting, but evidence suggests that the system must 
be tailored to the local conditions (Goulding et aL, 1999). 

Some other specific management practices for improving N efficiency deserve special 
mention. Crop yield and N use efficiency has been improved under some field conditions 
with nitrification (Prasad and Power, 1995) or urease ( Schlegel et aL, 1986) inhibitors, but 
results are inconsistent. Coarse textured soils appear to be best suited for inhibitor use. A 
review of the nitrification inhibitor DCD (Dicyandiamide) in the U.S. found increased rice 
{Oryza sativa L.) yield under a variety of cultural practices (Wells et aL, 1989). Inhibitors 
have not been extensively adopted in Europe. A recent reviews of inhibitors (McCarty, 1999) 
did not even address practical issues but only modes of action. Prasad and Power (1995) 
pointed out that the need for a 270 to 450 kg ha"' increase in yield to cover the costs had 
prevented many nitrification inhibitors from reaching the farm. At this time the low cost of N 
fertilizer and the high cost of inhibitors makes it unlikely that they will play a major role in 
improving N efficiency. However, legislative moves such as an N tax to reduce N losses to 
water and the atmosphere could change the economics. 

Experiments have shown that planting a cover crop [such as rye (Secale cereale L.), 
white mustard, {Brassica phaecelia L.), or hairy vetch {Vicia villosa Roth)] between harvest 
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and planting a late winter or spring crop is the single most effective way of retaining N, as 
reviewed in several chapters in Hargrove (1988). However, when the cover crop is killed its 
N is released back into the soil at a rate that depends on climate and management. This re-
mineralized N can be effectively used by the following crop, but can also be leached in 
subsequent seasons (Harrison & Peel, 1996). 

The introduction of buffer strips between agricultural land and water courses or bodies 
can help prevent the movement of nitrate, phosphate, and pesticides into water courses at 
some sites (Leeds-Harrison et aL, 1999). They have proved to be very effective in some 
circumstances (e.g., for New Zealand see Downes et al, 1997 and for the U.S. see Dickson 
and Schaeffer, 1997). However, buffer strips remove nitrate by denitrification; this increases 
nitrous oxide emissions - swapping one pollutant for another (Goulding et aL, 1996). Such 
measures are, at best, short-term and are better replaced by actions that reduce all off-field N 
losses. In other words, treat the cause rather than the problem. 

Multiple cropping, those systems with an average of more than one crop per year, 
includes sequential crops, intercrops, or combinations of the two. Multiple crop systems are 
most effective in improving both N and water use efficiency for climatic regions where 
precipitation and temperature allow an effective growing season beyond the time needed for 
monocrop culture (Hook and Gascho, 1988). Crops and crop rotations that are designed to 
minimize erosion and nitrate leaching, to utilize crops capable of biological fixation of N, 
and to allow for timely N application (whether with fertilizer, manure, or crop residue 
management) will generally achieve efficient N use (Kurtz et ai, 1984). 

3. DETERMINING NITROGEN FERTILIZER REQUIREMENT (NFR) 

For decades, the starting point for producers in determining crop N need has been to 
multiply a target crop yield by the concentration of N in the harvested plant material. This 
calculation produces a number that is, in essence, an estimate of the amount of N that will be 
removed from the field (Stanford and Legg, 1984; Meisinger and Randall, 1991). This mass-
balance approach excludes the unharvested plant material left in the field since it decomposes 
over time and releases N for subsequent crops. When N is not a limiting factor for crop 
growth, the amount of N removed from the field with harvest will, even under ideal 
conditions, be 30 to 50 % less than the sum of available soil N and fertilizer N (Hauch, 1973; 
Pierce and Rice, 1988; Kolberg et aL, 1997). This lack of crop usage results from a plethora 
of interacting soil, climate, and management factors that either cause N loss from the crop-
soil system (through processes such as denitrification, leaching, and volatilization) or change 
N into forms unavailable to the crop (such as immobilization). 

The crop NFR (i.e., the amount of fertilizer or manure needed so that N does not become 
limiting, but that inorganic N is not in excess) is usually adjusted for the lack of 100% 
efficiency. Input recommendations typically include a crop NUE for the soil and fertilizer N 
of around 50 to 70% (Dahnke and Johnson). In the UK, fertilizer recommendations for arable 
crops, issued by the Ministry of Agriculture, Fisheries, and Food, are based on measured N 
use efficiencies of 55-70 %, varying with soil type (MAFF, 2000). Producers generally want 
a simplified crop-specific equation for estimating the N input requirement. As an example, 
many com producers in humid regions of the U.S. currently use a rule of applying about 23 
kg N for every Mg of target grain yield. Based on average com grain N content (16.5 g kg'^ 
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dry weight basis), this rule assumes a N use efficiency of about 60 %. Adjustments also 
should be included for the contribution of soil N as well as other credits, such as the N 
available from a preceding leguminous crop, manure, or irrigation water. 

While we recognize that plant uptake from each source of N has a unique NUE (Pierce 
and Rice, 1988), we use a simplified calculation for determining the NFR as follows: 

[(TY)(CNC)-SN-NC] [1] 
NFR = — 

NUE 

Where: NFR = crop N fertilizer input requirement; TY = target yield (as dry matter); CNC = 
crop N concentration in the harvested portion of the crop; SN = soil N measured or estimated 
to be available for the crop; NC= N credits from other potential sources; and NUE = N use 
efficiency (expressed as a fraction). 

As previously indicated, optimal NUE will be achieved when implementing the practices 
identified earlier under Tried and True Practices. On-farm tools and practices that have been 
developed to help producers obtain reasonably accurate values for target yield (TY), and soil 
N (SN) are considered further. 

3.1. Deriving Target Yield 
In Eq. 1, target yield influences NFR more than any other term. Deriving an accurate and 

realistic (unbiased by false hopes and a desire to keep up with neighboring farmers) estimate 
of the target yield is challenging, particularly for rain-fed cropland with precipitation varying 
seasonally as well as annually. A number of approaches for determining target yield have 
been considered. 

3.1.1. Historical Yield 
Averaging yields over a number of years can be used, but this method will inevitably 

result in inadequate N for years when conditions provide better than average yield. A target 
yield that is based upon only the best years will generally meet crop N needs, but potentially 
will leave inorganic N in the soil when growing conditions have not been ideal. In dryland 
agriculture where nitrate-N leaching is minimal, left-over N is not considered problematic, 
particularly since it can be accounted for with soil sampling and credited toward subsequent 
crops (Hergert, 1987). In humid areas, such as eastern U.S. and Western Europe, leftover N 
has a much greater potential for loss from the crop-soil environment and thus a much less 
chance of being available for subsequent crops. 

Target yield is often determined by adding 5 to 10 % to the average yield of the most 
recent 5 to 7 years (Rice and Havlin, 1994). Surveys have demonstrated that a majority of 
producers over-estimate their target yield when determining N recommendations (Schepers 
and Mosier, 1991; Goos and Prunty, 1990) because of the low cost to apply ample N 
fertilizer to insure it will not be limiting, regardless of the type of year. Inflated target yield 
may also suggest producers do not use actual whole-field averages but rather rely upon yield 
expectations from the highest producing field areas. Even before the availability of combines 
with yield monitoring systems farmers intuitively have known that, for a field-average 10 Mg 
ha'̂  com yield, there were areas within that same field that probably produced 12 to 14 Mg 
ha"\ Nitrogen fertilization at or even only slightly higher than actual field average levels will 
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underestimate NFR for the most productive soils of a field and over-estimate NFR for 
chronic poor producing soils of a field. 

3.1.2. Yield Mapping 
Yield variation within fields is a major disadvantage of using a single target yield to 

represent the entire field. If yield variability could be predicted, it would be a basis for 
variable application of N. Since the early 1990s yield monitoring and mapping have offered 
producers a direct method for measuring spatial variations in crop yield (Lark and Stafford, 
1996). Yield mapping has shown within-field variation as high as 150 % (Kitchen et ai, 
1999b). Producers view these maps and intuitively see an opportunity for variable-rate N 
applications. However, yield maps are confounded by many potential causes of yield 
variability (Pierce et al, 1997) as well as potential error sources from combine yield sensors 
(Lamb et al, 1995; Blackmore and Marshall, 1996). Using yield maps to predict crop 
production for N management without also relying on spatial measurement of soil/landscape 
properties, as well as other potential and often transient yield-limiting factors (e.g., pest 
incidence, nutrients, and management variation), is almost certainly ftitile. Averaging 
multiple years of yield maps has been suggested as one way of establishing stable yield 
productivity patterns related to soil properties (Kitchen et al, 1995; Stafford et al, 1996; 
Colvin et al, 1997). However in some regions, high producing areas of a field during "dry" 
years can be low producing areas of the same field in "wef years (Wibawa et al, 1993; 
Colvin et al, 1997; Sudduth et al, 1997). Averaging yield maps may neutralize the 
information needed to better understand the interaction between soil/landscape properties and 
climate for crop production (Sawyer, 1994). 

3.1.3. Remote Sensing for Yield 
High resolution remote sensing from airborne or satellite systems has also been used 

with varying success in quantifying within field yield variation (Moran et al, 1997; 
Shanahan et al, 2000). Yield prediction accuracy is greatly improved when early to mid-
season remotely sensed images are used to estimate vegetative growth, such as normalized 
difference vegetation index (NDVI), and then are combined with agrometerological models. 
Since images taken late in the growing season express the cumulative seasonal effects of soil, 
pest, management, and climate, these can be used to predict crop yield maps using simple 
regression techniques (Moran et al, 1997). Remotely sensed data for yield mapping have 
advantages over on-the-go combine yield monitoring including higher resolution and with 
less error associated with data collection (e.g., time lags from harvest point to sensor, 
combine speed variation, combine vibration). While a certain amount of on-going ground 
calibration may also be necessary. Pierce and Nowak (1999) have speculated that remotely 
sensed data for constructing yield maps may someday replace combine yield monitors. 

3.1.4. Yield Potential from Soil and Landscape Maps and Measurements 
Soil types have been used as a guide for describing field yield variation. Traditional soil 

surveys usually report the target grain yield of major crops by soil map unit. Soil surveys in 
the U.S. have not been conducted at a scale precise enough for effective use of site-specific N 
management (Mausbach et al, 1993). In the UK, recommendation systems are still largely 
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based on target yields, as explained in the Fertilizer Recommendations (MAFF, 2000). The 
procedure links an established requirement for optimum yields of a particular crop to a soil 
supply index based on soil type and previous cropping. However, the most progressive 
recommendation systems in the UK use computer models (Dampney et al., 2000) and some 
scientists are moving away from a yield-based system toward one based on crop canopy 
management (Gillette/'a/., 1999). 

Slope position and landform characteristics are topographic features that also have been 
used to explain crop productivity (Hanna et al, 1982; Jones et al, 1989; Khakural et al, 
1996; McConkey et al, 1997; McGee et al, 1997; Sudduth et al, 1997; Timlin et al, 1998). 
Generally, footslope positions out-yield upslope positions unless poor drainage causes 
ponding. Real-Time Kinematic (RTK) GPS receivers have made possible the automated 
collection of highly accurate elevation data, thus providing an efficient way of obtaining 
high-resolution digital elevation models (DEM) of agricultural fields (Clark and Lee, 1998). 
Field topography plays an important role in the hydrological response of rainfall catchment 
and has a major impact on water availability to crop production. The increasing availability 
of DEMs and the advent of computerized terrain analysis tools have made it possible to 
quantify the topographic attributes of a landscape (Weibel and Heller, 1991; Bell et al, 
1995). 

Soil productivity indices have also been developed using specific soil properties to 
characterize the suitability of the root zone for crop growth (Pierce et al, 1983; Scrivner et 
al, 1985a; Scrivner et al, 1985b). However, the measurements that are required to calculate 
soil productivity indices on individual fields are expensive, time consuming, and require 
follow-up laboratory analysis. 

Rapid spatial measurement of soil profile apparent soil electrical conductivity (ECa) has 
potential for predicting variation in crop production potential as caused by soil differences 
(Jaynes et al, 1993; Kitchen et al, 1999b; Lund et al, 1999). For example, soil ECa has been 
used to estimate topsoil thickness (i.e., depth to first Bt horizon) on claypan soils (Doolittle et 
al, 1994; Kitchen et al, 1999b). For these soils, crop yield is depressed with decreasing 
topsoil thickness for average and below-average precipitation years (Gantzer and McCarty, 
1987; Thompson et al, 1991; Kitchen et al, 1999b). Predicting target com yields from 
topsoil thickness has been estimated by Kitchen et al (1999a) as follows: 

TY= 6.08+0.054(1) [2] 

Where TY = target yield (Mg ha'^), but with a maximum TY of 11.5 Mg ha'^ and X = topsoil 
thickness (i.e., depth to the Bt horizon) in cm. The line shown in Figure 4 represents Eq. 2 
along with com yield data (in kg ha"̂ ) in relation to ECa-derived topsoil thickness, from two 
claypan soil fields. 

Field variation in claypan soil topsoil thickness as determined by soil ECa has been used 
to predict target com yield (Eq. 2) for variable-rate N applications (Kitchen et al, 1999a). 
Figure 5 (top) displays actual soil ECa values obtained on 5 m transects for a 14 ha field. On 
the same day that ECa measurements were taken, 19 field points selected to span the field's 
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range of ECa values were soil sampled with a hand probe and the topsoil thickness 
determined. A regression equation relating ECa to topsoil thickness was obtained for the 
calibration dataset (R^=0.84). Figure 5 (bottom) is the resultant target yield derived from 
ECa-estimated topsoil depth (Eq. 2), and from which a variable-rate N application map was 
obtained. Variable-rate N application compared to adjacent strips of conventional single-rate 
N treatments (one yield goal) were equal in com yield where topsoil thickness was < 38 cm, 
with variable rate N producing about 0.5 Mg ha" more where topsoil thickness areas were 
38 cm. 

> 

3.2. Assessing Soil Nitrogen 
Soil N available for crop uptake and growth fluctuates within and between growing 

seasons because of many environmental factors (including soil moisture, organic matter 
quality, temperature, pH, and oxygen). Yet, if producers hope to optimize N inputs they need 
accurate cost-effective tools for estimating soil N. 

3.2.1. Potential Mineralizable Nitrogen 
Nitrogen availability tests employing biological assays, where net mineralization is 

measured after incubation under controlled soil moisture and temperature, have been 
explained extensively earlier (Stanford and Smith, 1972; Stanford and Epstein, 1974; 
Keeney, 1982; Stanford, 1982; Meisinger, 1984). Since N mineralization in the field is 
largely controlled by unpredictable factors, like temperature and soil moisture, correlation 
with incubation tests can be inconsistent (Fox and Piekielek, 1984). Procedures for in situ 
measurement of N mineralization, such as enclosing a soil sample in a buried polyethylene 
bag or tube for incubation under ambient conditions, have been shown to correlate well with 
season-long mineralization (Eno, 1960; Westermann and Crothers, 1980; Poovarodom et al., 
1988). The advantages of these methods include the prevention of nitrate leaching and the 
control of N mineralization rates at field temperatures. Various methods of chemically or 
physically extracting that fraction of soil organic matter which will most easily decompose 
and make N available (Keeney, 1982; Christensen, 1992) are less time consuming than 
incubation tests. These procedures also vary in their agreement to field measurements of N 
mineralization because of year-to-year climatic variation (Fox and Piekielek, 1984; 
Gelderman et al., 1984). While biological and chemical extraction tests are routinely used in 
research, their application for on-farm decisions has seen limited use. 

3.2.2. Inorganic Nitrogen 
Inorganic N soil tests-referred to as soil mineral N (SMN) measurements in Europe and 

parts of North America-assess soil nitrate-N and sometimes ammonium-N from soil samples 
either taken in the fall (for arid and colder regions) or just before planting or early in the 
growing season (for humid and warmer regions) and have been widely used for N 
fertilization decisions (Madgoff et aL, 1984; Blackmer et al., 1989; Fox et al, 1989; 
Magdoff, 1991; Bundy and Meisinger, 1994). In Europe samples for SMN are generally 
sampled in spring for modifying N recommendations. The UK recommendations (MAFF, 
2000) advise farmers to measure SMN rather than use tables of soil N supply, especially in 
fields where manures have been applied regularly or large crop residues remained. 



347 

Soil sampling depth for these tests varies from 30 to 90 cm; sample depth guidelines 
depend upon a variety of factors, including crop, climate, soil type (Dahnke and Johnson, 
1990), and producers' willingness to obtain subsoil samples. Under arid conditions, inorganic 
N soil tests are used to determine the mass of available N and could be used as the SN 
parameter in Eq. 1 (Peterson and Voss, 1984; Westfall, 1984). Elsewhere inorganic tests are 
more often used as indicators of soil N sufficiency. In this way, the test is calibrated with N 
fertilizer response and used directly for making N recommendations, as opposed to the mass 
balance approach of Eq. 1. Tests of soil N sufficiency include the pre-plant soil nitrate test 
(PPNT) and the pre-sidedress soil nitrate test (PSNT). Variations of these two tests are used 
in humid and semi-humid regions of North America and Europe. Calibrations with the PSNT 
found that nitrate-N levels > 20 to 25 mg N kg'̂  typically show little or no response to the 
application of additional N fertilizer (Blackmer et al; 1989; Fox et al, 1989; Meisinger et al; 
1992; Bundy and Andraski, 1995). 

Table 2. Critical soil nitrate-N levels and percent of sites where soil tests failed to predict 
N response, derived from linear response plateau models using all observations. 

Previous crop or Time of soil 
cropping system sampling 

Soil 
depth N 

Critical soil 
nitrate-N level 

Failed soil test 

TYPE A TYPE B 

all observations 

Com (without 
manure in study 
year) 

Com (with 
manure in study 
year) 

Alfalfa 

PPNT 

PSNT 

PPNT 

PSNT 

PPNT 

PSNT 

PPNT 

PSNT 

0 
0-60 
0 
0-60 

0 
0-60 
0 
0-60 

0 
0-60 
0 
0-60 

0 
0-60 
0 
0-60 

292 
292 
301 
239 

127 
126 
125 
115 

28 
28 
29 
24 

27 
27 
28 
26 

ppm 
15.7 
9.3 

16.9 
12 

19.2 
16.1 
18.9 
14.2 

11 
12.2 
16.6 
22.4 

na 
na 
na 
na 

1 
6.8 
2.3 
4.6 

1.6 
11.1 
3.2 
3.5 

3.6 
3.6 
3.5 
8.3 

0 
0 
0 
0 

• % of sites 
35.3 
22.6 
25.2 
18 

26.8 
14.3 
21.6 
11.3 

42.9 
14.3 
24.1 
16.7 

92.6 
77.8 
39.3 
38.4 

^ TYPE A failure = soil test predicted non-N-responsive, but was responsive 
TYPE B failure = soil test predicted N-responsive, but was not responsive 

Adapted from Bundy et al. (1999). 
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The PPNT and PSNT have been simultaneously evaluated under various management 
practices at more than 300 sites in ten U.S. combelt states (Bundy et al, 1999). They 
concluded that a more practical way of assessing the economic and environmental 
consequences of management decisions made with these two tests was based on the rate of 
failure by the tests to predict non-N-responsiveness (Table 2). Two types of failure were 
identified. TYPE A failure resulted when the soil test predicted a non-N-responsive site, but 
the site actually responded to N fertilization (an economic loss due to lost yield). TYPE B 
failure resulted when the soil test predicted a N-responsive site, but the site did not respond 
to N fertilization (both an economic loss from applying un-needed N and increased risk for 
environmental loss due to excess N). Total failures (TYPE A and B) of the soil tests using a 
linear-plateau response model (average critical soil nitrate-N level of 13.5 mg kg"̂ ) were 3 to 
8 % lower than the quadratic-plateau response model (average critical soil nitrate-N level of 
20.2 mg kg" )̂, primarily from a reduction in TYPE B failures (over application) and a 
concurrent modest increase in TYPE A failures (under application). Incidence of TYPE B 
failure occurred more frequently than TYPE A failure, but was much less with latter soil 
sampling (PSNT) and deeper soil sampling (0-60 cm sampling depth) (Table 2.) Sampling 
later and deeper was also especially important in com cropping systems that included 
manuring and/or a preceding alfalfa crop. 

Since the spatial variation of inorganic N can be high (Cahn et al, 1994; Cambardella 
et al, 1994; Selles et al., 1999), producers are encouraged to composite a minimum of 15 to 
20 cores. For fields with obvious landform variation, subdivision following soil and 
landscape patterns will improve accuracy in predicting crop NFR and N use efficiency 
(Dahnke and Johnson, 1990; James and Wells, 1990; Walter and Goesch; 1999). 

The successful use of inorganic N soil tests has not been universal. Some soils are too 
stony to make sampling practicable. Following a crop like potato that is expected to supply 
significant N to the next crop, the spatial variability of soil test N may not be as important to 
predicting N supplying capacity of the soil as the spatial variability of potentially 
mineralizable N remaining in roots and plant residues (Franzen et al., 1999). Calibration 
efforts under similar soil, climate, and cropping systems help establish the conditions under 
which the tests are most successful (Bundy et ai, 1999). In some situations, grower adoption 
of SMN tests are enhanced by governmental policy. As an example, in central Nebraska, 
ground water nitrate contamination in the Platte River aquifer has resulted in the Central 
Platte Natural Resources District requiring soil nitrate sampling on com production fields. 
Use of the soil test has helped producers identify those fields high in residual soil N 
contributing to groundwater contamination and adjust N inputs accordingly (Schepers et al., 
1997). Adoption of N soil tests has been high for crops such as sugar beets where close 
scmtiny is needed to maintain crop quality (Ulrich et al, 1993). 

3.3.3. Spatial Variability of Soil Nitrogen 
As previously noted, soil N availability is often highly variable within fields. 

Schepers and Meisinger (1994) succinctly captured the reason for this variability: 

Nitrogen mineralization is a complex process that involves a vast collection 
of microorganisms (bacteria, fungi, and actinomyces) acting on a wide 
array of substrates (crop residues, soil humus, dead microbial tissue, and 
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manure) under varying soil environments (temperature, water content, and 
aeration) to produce a remarkably simple product (nitrate-N) that can be 
used by plants, lost to the atmosphere as N gases, immobilized, 
accumulated in soil, or leached from the soil-crop system. 

Little doubt is left as to why soil N-in both its organic and inorganic forms-is spatially 
variable as we consider that each condition and process mentioned varies within fields. 

With inexpensive tools (like GPS) available to make spatial soil and plant 
measurements and from which the spatial structure can be determined (e.g., geostatistics) and 
maps created, interest in quantifying patterns of within-field availability of soil N has been 
spurred (Pierce and Nowak, 1999). Variable-rate N application maps derived from rootzone 
nitrate-N grid soil samples on a field considered uniform resulted in a 60 % increase in area 
correctly fertilized over fields of fixed-rate applications (Ferguson et ai, 1996). For fields 
with areas of high leaching potential, profile nitrate-N can be highly variable with short-scale 
(e.g., < 5 m) spatial structure, rendering spatial soil sampling for N management decisions 
ineffective (Everett and Pierce, 1996). Soil sampling intensity can be reduced and yet provide 
accurate N availability maps with "targeted" soil sampling, meaning like soil areas are 
grouped into zones and sampled and analyzed independently. Success with target sampling 
has been achieved using aerial image/spectral reflectance data (Diker and Bausch, 1999; 
Franzen et al, 1999) and soil ECa (Franzen and Kitchen, 1999) to derive sampling zones. 

While the soil sampling density required for accurate N application maps varies from 
field to field, time and expense constraints limit use of spatially-dense sampling for N in 
most crop production systems (Ferguson et ai, 1996). Exceptions are with those high value 
crops such as potatoes and sugar beets where profit margins permit the additional expense. 
Alternatively, new technologies and tools may allow for on-the-go insitu measurement of soil 
N. For example, near infared soil sensing has been effectively used in predicting inorganic N 
content as long as a calibration set included the same interfering soil constituents as the 
unknown samples (Ehsani et al., 1999). Further development is needed in sensors that can 
rapidly measure soil properties associated with estimating soil N. 

4. PLANT MEASUREMENTS 

Plant measurements for determining crop N status are a sufficiency/deficiency 
strategy, not a mass balance strategy as shown in Eq. 1. Plant measurements serve as 
indicators for within season N additions, or if measured at crop maturity to diagnose whether 
or not conditions provided deficient, sufficient, or excessive N for the crop. Since plants 
integrate soil, climate, management, and other environmental influences on crop N health, 
they provide an opportunity for improving NUE over relying only on yield prediction and 
preplant or early season soil N measurements. However, issues related to plant N 
measurements need to be considered before including these tools in the N management plan, 
including: 1) uncertainty of determining ftill-season N status and fertilizer needs from young 
crop plants, when an opportunity for N addition still exists; 2) a reported wide-range in 
sufficiency critical values; 3) varying sufficiency critical values as the crop matures; 4) 
varying critical values from various plant parts (e.g., leaves vs stems); and 5) the need for 
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maintaining a N sufficiency block or strip for reference that adequately represents N needs of 
the remaining field (Schroder et al, 2000). 

Plant tissue sampling for N management decisions has previously been extensively 
reviewed (Westerman et al, 1990; Bennett, 1993; Barraclough, 1997) and will not be 
detailed here. Generally, tissue N tests are highly variable and unstable indicators for within 
season N decisions (Schroder et al, 2000). Exceptions exist on a crop-by-crop and region-
by-region basis, particularly when a specific plant sampling procedure can be identified. 
Successful examples include petiole sampling for potatoes (Westermann and Kleinkopf, 
1985; Williams and Maier, 1990a and 1990b) and sugar beets (Ulrich et al, 1993)], wheat 
tissue sampling combined with tiller density measurements (Scharf and Alley, 1993), end of 
growing season com stalk nitrate test (Binford et al, 1990 and as reviewed by Schroder et 
al, 2000), pre-harvest plant tissue and post-harvest grain N for spring wheat (Peltonen, 
1992), and stem testing for linola (Hocking, 1995). 

4.1. Leaf and Canopy Greenness 
Since N is a primary constituent of plant chlorophyll pigments, leaf or crop canopy 

greenness can be used to evaluate crop N health for within-season N input decisions. An 
obvious advantage of using plant greenness is there is little time delay between measurement 
and interpretation, such as occurs in soil sampling and analysis. Further, since each plant 
expresses crop N status for its given location, greenness sensing over the crop canopy 
provides the best opportunity for quantifying detailed spatial variability of crop N needs. 

4.1.1. Spectral Reflectance Sensing 
Measurement of crop canopy reflectance, either from ground-based or air borne 

platforms using image and photographic cameras, can provide a valuable measure of 
potential N status of the crop. Plant transformation of light energy to chemical energy 
(photophosphorylation) is most efficiently accomplished in chloroplasts by absorbing red 
(630-680 nm) and blue (450-520 nm) wavelength light. Green light (520-600 nm) is absorbed 
much less by plants, producing higher reflectance in this wavelength range. Hence sensing 
reflectance at these three wavelengths (RGB light) provides a measure of active plant 
chlorophyll. 

By definition, crop reflectance is the ratio of the amount of light leaving the canopy to 
the amount of incoming light. Digital reflectance sensors (spectral radiometers) and 
photographic images are commonly calibrated against a standardized reference panel to 
assess the amount of incoming light. This is needed because radiometers vary in wavelength 
discrimination and light intensity sensitivity. Film types also vary in sensitivity to different 
light. Reflectance can also be successfully calculated for crop N status by obtaining a relative 
reference by comparing reflectance leaving the crop canopy of an area known to be non-
limiting in N to reflectance from the test area. This has been accomplished with both spectral 
radiometer measurements (Chappelle et al, 1992; Blackmer et al, 1996) and photography 
(Blackmer et al, 1996; Flowers et. al., 2000). Image interpretation is merely qualitative 
unless referenced with standardized panels under the same light conditions, or non-limiting N 
reference is obtained. Reflectance measurements are affected by many environmental factors 
other than N such as canopy architecture (Jackson and Pinter, 1986) and hybrid (Blackmer et 
al, 1996). Referencing reflectance to a non-limiting N area within the same field can account 
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for many of these factors (Blackmer et ai, 1996). Also for ground-based sensing of com 
prior to tasseling, a 75° view angle allowed for more plant and less soil reflectance and was 
more accurate in predicting plant N than reflectance measurements taken from a nadir view 
(Bausch et ai, 1996; Diker and Bausch, 1999). 

Green and red light reflectance alone can be a strong indicator of plant N content 
(Blackmer et ai, 1994; Blackmer et al, 1996). From digitized film images RGB wavelength 
can be separated and intensity counted (0 to 255) for analysis with crop N ( Blackmer et al, 
1996; Flowers et ai, 2000). Brightness of red light was shown to be a better indicator of com 
N deficiency than chlorophyll meter readings (Blackmer and Schepers, 1996). Inclusion of 
other reflectance information related to plant biomass has often been shown to be a better 
index for assessing crop N health and making management decisions than just using RGB 
reflectance. Plants absorb much less near infrared (NIR) light (700-1400 nm) than does soil. 
This difference in absorption between soil and plants provides a contrast that has been the 
basis for numerous biomass or vegetative indices as reviewed by Myneni et al. (1995) and 
Moran et al. (1997). Calculations combining red and/or green light reflectance (a measure of 
the plant's photosynthetic health) with NIR reflectance (a measure of the plant's stmcture 
and capacity to assimilate carbon) have been successftiUy used in evaluating crop N health 
and making N fertilizer additions. Stone et al. (1996) was able to reduce N fertilizer input 
and increase NUE for wheat by variably applying N using a plant N spectral index (PNSI) 
derived from red and NIR reflectance values. Com canopy NIR and green reflectance were 
used to develop a N reflectance index that was strongly correlated to chlorophyll meter 
readings, plant N content (Bausch et al., 1996) and within season soil N (Diker and Bausch, 
1999). To date, photographic images have mainly provided qualitative assessment of those 
fields that are N deficient. Verification of crop N deficiency has been needed since other 
environmental stresses can produce a similar reflectance signature. However, recent work has 
shown N recommendations can be obtained from aerial photographs. For example, NIR 
photographs taken during early spring were accurate in estimating soft red winter wheat tiller 
density and making correct N fertilizer recommendations (Flowers et al., 2000). 

Aerial images of crop fields are appealing to producers because it is low cost, has 
quick tum around, provides whole field information that is spatially accurate, can be used as 
a diagnostic tool for assessing many different types of crop stress, and gives producers an 
immediate visual assessment of conditions. With well-known field landmarks also visible on 
an image (such as field boundaries, trees, or stmctures), producers are quickly able to 
estimate the extent of the crop stress as well as associate stress areas with soil and landform 
features. 

4.1.2. Chlorophyll Meter Sensing 
A hand-held chlorophyll meter (Minolta SPAD-502) measures leaf transmittance 

centered at red (650) and NIR (940 nm) wavelengths and has been shown to be sensitive to N 
stress in com (Zea Mays L.) (Dwyer et a/., 1991; Schepers et al., 1992; Wood et al., 1992; 
Piekielek et al., 1995), wheat {Triticum aesitivum L.) (Follett et al., 1992; Fox et al, 1994; 
Miller et ai, 1999), rice (Oryza sativa L.) (Tumer and Jund, 1991), and tall fescue (Kantety 
et ai, 1996). The meter has been effectively used as a decision-aid in correcting N 
deficiencies for irrigated com (Blackmer and Schepers, 1995; Varvel et ai, 1997); but under 
rain-fed conditions the meter was ineffective (Bullock and Anderson; 1998). Com growth 
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stage, variety (Sunderman et ai, 1997; Varvel et al, 1997; Bullock and Anderson, 1998), 
and water stress (Schepers et al, 1996) are factors that will influence chlorophyll readings. 
To minimize the impact of these non-N effects on chlorophyll meter readings, a normalized 
measurement (referred to as a N sufficiency index) can be calculated by dividing the readings 
from N deficient plants by readings from N sufficient plants (Piekielek et ai, 1994; Varvel et 
ai, 1997). This step is similar to that discussed under Spectral Reflectance Sensing. 

To operate, the SPAD-502 is clamped onto a single leaf to prevent interference from 
external light. The meter is limited to sensing transmittance through a very small area of leaf 
(about 6 mm )̂ with each reading. While individual readings can be rapidly obtained, 
acquiring a representative value for an entire field is time consuming and for fields with 
spatial variability in 
soil N it is difficult to obtain representative measurements (Schepers et ai, 1995). For this 
reason, chlorophyll meter sensing to assess production scale crop N health is not practical for 
most producers (Diker et al, 1999). The SPAD-502 will continue to aid N research 
primarily as a diagnostic tool but has limited use in N management decisions for large-scale 
production agriculture. 

Table 3. Allowed N surpluses in the Netherlands, MINAS Nutrient 
Budgeting Scheme (kg N ha'̂  yr'*). 

Year 

1998 

1999 

2000 

2002 

2005 

2008 

Arable 

175 

175 

150 

(125) 

(110) 

(100) 

Grassland 

300 

300 

275 

(250) 

(200) 

(180) 

Figures in parentheses are not yet agreed upon. 

5. NUTRIENT BUDGETS 

Nutrient budgets have been compiled around the world, using a variety of scales and 
methodological approaches (Meisinger and Randall, 1991; Watson and Atkinson, 1999). 
They measure or estimate the inputs and outputs of nutrients (usually N, P and K) to a field, 
farm or system, usually at the farm gate. Nutrient budgeting may operate on daily, monthly, 
or annual time frame. More frequent tracking requires more user input, but also provides the 
greatest opportunity for synchronizing nutrient inputs with crop needs. Farm gate budgets 
usually include inputs in feed, fertilizers, manures, composts, and bedding and outputs in 
saleable produce. They do usually include the necessarily very detailed measurements of 
losses such as leaching, denitrification, and ammonia volatilization, consider each field 
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separately, or measure transfers between fields. Nor do they provide information on soil 
processes or biological inputs or outputs of nutrients, which are particularly important for N. 
By their nature they cannot improve N use efficiency but only highlight problems and raise 
awareness of the need for better techniques. For many producers and agronomists, however, 
raising awareness is an essential first step. 

To counter their large N surpluses (see Table 1), The Netherlands have introduced a 
compulsory nutrient budgeting policy. This requires nutrient budgets to be made on all farms 
with > 2.5 livestock units per hectare and gives allowed surpluses (Table 3). If these values 
are exceeded, farmers are taxed about 75c (£0.5 or 1 euro) for each kg N above the limit. 
However, it should be noted that farmers do not have to include atmospheric deposition or 
fixation by legumes in their calculations of inputs, and some ammonia losses are allowable. 
Despite these relatively generous regulations, Dutch farmers are not happy with the 
arrangements and will have great difficulty meeting the requirements because of the focus on 
livestock production systems. 

6. CONSIDERATIONS FOR DEVELOPING NEW ON-FARM TECHNOLOGIES 

Some of the diagnostic tools for assessing crop N needs discussed here have been 
available to producers for several decades. Researchers and extension agronomists have 
advocated the adoption of such tools, but with limited success. For example, in 1999 
knowledgeable representatives from the U.S. were asked what percentage of their state's com 
acreage was tested annually using the PPNT, PSNT, early-season chlorophyll meter sensing, 
and stalk nitrate testing. Each of these diagnostic tests were designed to help producers make 
better N management decisions. A summary of their responses (Table 4) indicates that 
adoption has been generally low, but high where adaptive into specific cropping systems. In 
the humid regions of the northeastern U.S. the PPNT test has been put into practice on about 
13 % of that region's com acreage, but this area represents a very small percentage of com 
grown nationally. The PSNT has also seen significant use in the north central region, 
predominantly on irrigated acres in the westem portion of the region (reaching a high of 
about 60 to70 % of com acreage in Nebraska). Many may find this level of adoption 
discouraging until they reflect upon the nature of N in a biologically-complex agricultural 
production system. One test, one technology, or one practice should not be the goal. Instead 
the goal should be a myriad of options from which N management can be tailored. A recent 
review of the potential use of precision agriculture technologies in Northem Europe 
(Sylvester-Bradley et al, 1999) concluded that they were most likely to be adopted where 
prior knowledge identified large heterogeneity and predicted treatment zones, but that the 
main obstacle was the lack of appropriate sensors. 

"On farm" implies that producers will be at the center of implementing changes; but 
"change" also means there will be attractive new choices available to motivate producers. 
Many N management technologies and practices, though soundly developed and tested, have 
been left on the shelf by growers. Prerequisites for grower adoption require that new and 
innovative practices be reliable, incur minimal additional expense (time and equipment), and 
integrate with ease into current operations. When these cannot be met, extemal incentives 
(e.g., regulation, private or government cost sharing programs) may be needed. 
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Table 4. From a survey about com grain grown in the U.S., what percentage of the acreage 
in 1999 used these soil and plant diagnostic tools for N management? (Numbers represent the 
upper limit when a range was given). 

New England/ Mid- North Central region (13 
Atlantic region (11 states) states^) representing 61.2 M 

diagnostic test representing 4.2 M acres acres 

pre-plant soil nitrate test 

pre-sidedress soil nitrate test 

early-season chlorophyll 
meter 

stalk nitrate test 

13.3 

-0 

-0 

<1 

% of acres — 

1.8 

14.0' 

<1 

<1 
^ includes one Canadian providence 

primarily from states with a majority of irrigated acreage (e.g., Kansas, Nebraska) 

7. INTERNET TOOLS FOR NITROGEN MANAGEMENT DECISIONS 

Accessibility to computer-assisted decision tools has exploded with the Internet, not 
to the exclusion of N management tools for on-farm decisions. While sophistication-and 
therefore power-varies with each tool, producers, researchers, and government regulators can 
find these helpful in considering various "what i f management scenarios that may improve 
NUE. Below is a listing of some tools obtained through extensive searches on the Internet 
(verified 11 Aug 2000). 

7.1 Interactive Web Tools 

Nitrogen Crop Response Model 
http://www.qpais.co.uk/nable/nitrogen.htm 
Greenwood, D.J., C.R. Rahn, A. Draycott. 1999 

Simulates the growth response of 25 crops to applications of Nfertilizer. Includes the 
effects of organic material, climate and leaching. Based on the N ABLE model 
developed by the authors. Developed primarily for vegetable crops. 

Nitrogen Ready Reckoner 
http://www.nre.vic.gov.au/cgi-bin/exsysweb.exe?KBNAME=nut04 
Thomas, G. 1999. 

Calculates the response of pasture to N fertilizer, and cost of the response in cents per 
megajoule. 

Nitrogen Management Calculator 
http://www.hollysugar.com/grower/nitrogen6.htm 

http://www.qpais.co.uk/nable/nitrogen.htm
http://www.nre.vic.gov.au/cgi-bin/exsysweb.exe?KBNAME=nut04
http://www.hollysugar.com/grower/nitrogen6.htm
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Imperial Sugar Company. 2000 
Calculates applications for sugar beets based on residual nitrate, irrigation water 
nitrate, inches of irrigation water, soil OM, other N credits, and N fertilizer form. 

Forage, Straw, and Crop Nutrient Use Calculators 
http://www.agric.gov.ab.ca/calculator/nutrientuse.html 
Alberta Agriculture Food and Rural Development. 2000. 

Calculates N, P, K, S, and Ca removed with various crops, forages and straw. The 
calculations are based on Canadian Fertilizer Institute crop nutrient uptake and 
removal numbers for wheat barley, oats, canola, and peas. 

Nitrogen Carryover Calculator 
http://www.soils.wisc.edu/wimnext/nitrogen.html 
Bland, W. DATE. 

Estimates N carryover after corn, based on county, soil type and weather. Designed 
for Minnesota and Wisconsin farmers, as a decision aid in predicting the need for pre-
plant soil nitrate testing. 

Terra Nitrogen Calculators 
http://www.farmline.com/folcorps/terra/calculators/ForageCrops.asp 
Terra Industries. DATE. 

Calculates N recommendations for a wide variety of crops and forages considering 
credits from previous crops or rotations. This is a European site focused on small 
grains and vegetable crops. 

Liquid Animal Waste Calculators 
http://cumberla.ces.state.nc.us/fertpage/liquid_waste.html 
Bailey, K. 1999. 

Several calculators for manure management. Calculates land required for total 
nutrient load based on any single nutrient component. Includes some fertigation 
calculations. 

12 Downloadable Spreadsheets and Applications 
Decision Support Systems for the use of Nitrogen in Intensive Pasture Systems 

http://www.nitrogen.landfood.unimelb.edu.au/ (Use decision support link) 
Eckard, R. 2000. 

Decision tool for dairy pasture management practices designed to minimize losses 
while maintaining productivity. 

Nitrogen Decision Aid 
http://www.mrsars.usda.gov/morris/products/nitrogen.htm 
Olness, A., W. Voorhees, D. Archer. 2000. 

This program predicts the amount ofN mineralized from corn planting to side-dress, 
or 5-leaf growth-stage, in Northern climates. 

http://www.agric.gov.ab.ca/calculator/nutrientuse.html
http://www.soils.wisc.edu/wimnext/nitrogen.html
http://www.farmline.com/folcorps/terra/calculators/ForageCrops.asp
http://cumberla.ces.state.nc.us/fertpage/liquid_waste.html
http://www.nitrogen.landfood.unimelb.edu.au/
http://www.mrsars.usda.gov/morris/products/nitrogen.htm
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8. CONCLUSIONS 

Modem agriculture is increasing in complexity as demands for more food, feed and 
fiber, at higher quality, while concurrently safe-guarding the environment are requested by 
the consumer. The economics of food, feed, and fiber production are now embracing the 
costs of environmental impact. Fine-tuned N management that minimizes off-field losses 
remains a challenge for farmers and agronomists. Tried and tested old as well as new 
technologies offer ways of increasing NUE, sometimes by significant amounts. Tools that 
indicate N in excess of crop needs for the year in question may have little economic appeal to 
producers, because of inexpensive N, but these same tools used under these conditions will 
grant the greatest environmental benefit. Opportunity for improvement largely lies with 
technologies that enable timely, quick, and accurate measurement of the spatial variability of 
crop yield potential, soil N availability, and within season indication of crop N health. Soil N 
excess and deficiency can exist on the same field. "Thus, it is the variability in space and 
time of the processes that regulate the availability of N to plants and the fate of N in soil that 
make precision N management attractive" (Pierce and Nowak, 1999, pp 32-33). Airborne or 
satellite remotely sensed images are being aggressively tried. In most cases, the decision 
rules for transforming images into N management decisions are not well developed or 
validated yet, but limitations of remotely sensed data are likely to be remedied soon (Moran, 
2000).We predict by the year 2010 remotely sensed data will be commonly used in crop N 
management in the U.S. and European countries. 

Environmentally, some of the biggest problems of poor NUE are associated with poor 
utilization of animal manures, and here progress has been slow. Nutrient heterogeneity within 
stockpiled manures along with transport logistics are issues that magnify in significance as 
animal confinement operations become larger and more concentrated. Whenever animal 
feeding is a component of an agriculture production operation, we strongly encourage whole-
farm nutrient budgeting and planning. 

One final point. A focus just on increasing NUE can lead to, in some situations, other 
environmental problems. For example, early sowing to obtain effective crop cover and an 
increase in N uptake and reduction in N losses can promote the risk of pest and disease carry-
over and pesticide use. The overriding need is for technologies that embrace all aspects of 
farm efficiency to ensure optimum improvement. 
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More and more crop and livestock producers will be required to develop nutrient 
management plans to demonstrate to regulatory agencies that their operations have sufficient 
crop acreage, seasonal land availability, manure storage capacity, and application equipment 
to manage commercial fertilizers, animal manures and other land-applied nutrient resources 
in an environmentally responsible manner. Computer software has been and will continue to 
be used to help develop these plans. Previous software addressed some pieces of the 
management plan puzzle, but were generally limited in scope and failed to address ftiUy the 
temporal and spatial nature of nutrient management or provide ways to accommodate 
multiple states and changing regulatory reporting requirements. New nutrient management 
planning software needs to take these issues into account, utilize national databases and 
standards, and take advantage of modem software technologies. This chapter discusses the 
limitations of previous planning software, the opportunities this presents for new software, 
the data requirements of planning software, challenges and barriers to creating this software, 
and a glimpse of what this new software might look like. 

1. INTRODUCTION 

1.1 U.S. livestock and poultry production 
Livestock and poultry in the U.S. excrete nearly 1.3 billion tons of fresh manure annually 

(Table 1). If this manure were placed in railcars, the resulting train would circle the earth 
more than three and a half times! The phosphate (P2O5) and potash (K2O) excreted by these 
animals nearly equals annual U.S. P2O5 and K2O commercial fertilizer consumption and the 
nitrogen (N) excreted exceeds 60% of U.S. commercial fertilizer N consumption. While 
more than half of the manure produced by cattle in the U.S. is excreted directly onto pasture 
and range lands, most of the manure generated by pigs and poultry is collected and can be 
managed as a crop nutrient resource. The "collectable" portion of livestock and poultry 
manure still constitutes more than 50% of U.S. commercial P2O5 and K2O fertilizer 
consumption (Table 1). 

While the total N excreted in the collectable fraction of livestock and poultry manure is 
nearly 35% of U.S. commercial fertilizer N consumption, 30-85% of this N may be lost to 
the atmosphere during manure storage and application depending on the manure management 



372 

system used by an operation. Additional N losses following application may also occur due 
to application timing, method and weather. Therefore, the potential N value of collectable 
manure is likely less than 20% of U.S. commercial fertilizer N consumption. 

Because of these N losses, when animal manure is applied to meet crop N requirements, 
P2O5 and K2O application rates can be 2.5-5 times crop uptake. Consequently, fields that 
frequently receive livestock manure often have soil test P and K levels that greatly exceed 
those needed for optimum crop production. In addition, the number of livestock and poultry 
farms in the U.S. has decreased by approximately two-thirds in the last 30 years, while the 
number of animals in inventory has increased (USDA/NASS, 1999). This increase in animal 
density on livestock and poultry farms can make it more difficult to find sufficient land near 
the operation to utilize manure P and K effectively. 

Table 1. Estimated quantities of manure and nutrients produced annually in the United 
States compared to commercial fertilizer consumption. 

Animalst 

millions 
Beef cattle 65 
Milk cattle 18 
Hogs 61 
Broilers 1,103 
Turkeys 104 
Layers 419 
All animals 1,770 
Collectable manure^ 
Fertilizer consumption# 

Manure} 

millions of tons§ 
773 
364 
94 
36 
13 
17 

1,297 
651 

NJ P205t K20t 

thousands of tons § 
4,284 
1,825 

777 
463 
180 
234 

7,763 
4,143 

11,897 

2,057 
837 
496 
282 
154 
181 

4,007 
2,371 
4,424 

3,049 
1,212 

407 
221 
77 

107 
5,073 
2,736 
5,178 

t Number of animals in inventory from 1997 Census of Agriculture (USDA/NASS, 1999). 
} Excretion values adapted from Midwest Plan Service (MWPS, 2000). 
§ To convert to metric tonnes, multiply values by 0.907. 
H Assumes 100% of manure from beef cows and dairy replacement animals (heifers and 

heifer calves) and 15% of manure from pigs, poultry and other cattle is not collected. 
# Average 1990-1999 U.S. commercial fertilizer consumption (AAPFCO-TFI, 1999). 

1.2. Policy drivers 
According to the U.S. Environmental Protection Agency (USEPA) 1998 national water 

quality inventory, nearly 40%) of U.S. waters surveyed are too polluted for fishing or 
swimming. USEPA estimates that agricultural sources are responsible for 60%) of this 
pollution in rivers and streams and 45%) of this pollution in lakes (USEPA, 2000a). In 
response to water quality impairments attributed to agricultural sources, the U.S. Department 
of Agriculture (USDA) and USEPA published the Unified National Strategy for Animal 
Feeding Operations (USDA and USEPA, 1999). This document emphasizes the need for 
livestock and poultry operations to develop comprehensive nutrient management plans 
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(CNMPs) to minimize the impact of these operations on water quaUty and pubHc health. The 
USDA Natural Resources Conservation Service (NRCS) has published guidelines that define 
the specific components of CNMPs (USDA/NRCS, 2000). If all livestock and poultry 
operations are eventually required to develop CNMPs, over 300,000 plans will be needed. 
The USEPA is developing specific regulations to address water quality issues for large 
concentrated animal feeding operations via a permit nutrient management plan (PNP) 
(USEPA, 2000b). PNPs may be required for approximately 30,000 animal feeding 
operations. In addition, nutrient criteria are being developed by USEPA for surface waters 
based on total N, total P, turbidity, and chlorophyll a in the water column (USEPA, 2000c). 
Total Maximum Daily Loads (TMDLs) in nutrient impaired water bodies may be based on 
these nutrient criteria, which could significantly increase the total number of nutrient 
management plans needed. To satisfy both current and future regulatory reporting 
requirements, nutrient management planning software that supports sophisticated add-in 
reports is needed since both federal and state-specific reports may be required for the same 
operation. This will require software that is national in scope. 

1.3. What is a livestock nutrient management plan? 
Nutrient management planning helps farmers develop strategies to use manure and other 

fertilizers as nutrient sources for crop production in a manner that protects environmental 
quality. The planning process is documented in a written nutrient management plan for 
possible review by regulatory personnel, consultants or agency personnel and for use by the 
farmer as a working plan. The plan includes information about the operation's animal types 
and numbers, the quantity of manure produced, the manure nutrients available for land 
application, the storage facilities where animal manure is collected and stored, the crop 
rotations and fertilizer needs of crops where manure will be applied, the methods used for 
applying manure, and the timing of planned manure and other fertilizer applications. The 
plan often accounts for manure produced over a multiple-year period. Local, state, and 
national regulations can determine the specific information required in a plan. 

At its simplest, a plan includes an estimate of the total quantity of manure and nutrients 
produced by the operation during the plan period and shows how those nutrients will be 
distributed (when, where and how much) on the available crop land. A more comprehensive 
plan takes into account temporal, spatial and environmental limitations to show that the 
operation has sufficient crop acreage, seasonal land availability, manure storage capacity, and 
application equipment to manage manure and other nutrient resources in a responsible and 
sustainable manner. 

1.4. Strategic and tactical nutrient management planning 
Strategic nutrient management planning uses long-term data and industry standards to 

help the farmer create a blueprint for handling manure and other nutrients. These plans 
evaluate the sustainability of an operation's approach to nutrient management over multiple 
years. Strategic plans determine if sufficient land is available for manure application, how 
often and how much manure typically needs to be land-applied, and the typical fertilizer 
value of manure nutrients. These plans are used by farmers as long-term planning tools and 
by regulatory agencies to insure that proper measures are in place to collect and handle 
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manure. A strategic plan identifies the fields that will likely receive manure and the typical 
rates to be applied to each field. 

Tactical planning uses current data to solve immediate nutrient management challenges. 
For example, tactical planning helps a farmer evaluate the impact of above average rainfall 
on manure storage capacity and identify the best field to apply manure under these wet 
conditions. 

In some cases, the same data can be used both in strategic and tactical planning, but the 
data will be collected or determined in different ways. Table 2 highlights some of the 
differences in data used for strategic versus tactical planning. 

Table 2. Differences in data used for strategic and tactical planning. 

Strategic planning Tactical planning 

30-year normals for weather 

Most recent soil tests used for entire plan 
period 

Yield goals and typical cropping sequences 
Book value-based estimates or most recent 

manure analyses used for entire plan 
period 

Month or season of manure applications 
Planned application methods 

Actual on-farm weather data or data from 
nearest weather station 

Soil nitrate test levels 

Actual yields and previous crops 
Actual manure analyses and measured 

volumes 

Actual dates of manure applications 
Actual application methods 

2. THE NEED FOR COMPUTER SOFTWARE 

Most of the arithmetic involved in creating a plan is not difficult and can be performed on 
a pocket calculator. However, the number of calculations required and the repetitive nature of 
the calculations when many fields and manure applications are involved can be daunting. 
Furthermore, the amount of reference material and information about the operation that is 
needed at hand before the calculations can be done is considerable. Added to this is the need 
to run various what-if scenarios for making a non-sustainable operation sustainable or 
keeping an operation sustainable if it expands. Computer software has the potential to reduce 
the work of generating a plan, permit review of different nutrient management options, and 
generate reports in a standard format. Use of approved computer software can be a form of 
quality control, ensuring that the plan incorporates approved recommendations and standards. 

2.1. Opportunities for new nutrient management software 
A survey of software programs that calculate dairy manure application rates revealed that 

there were at least a dozen such programs available at the end of 1995 (Thompson et al., 
1997). Many of these programs could supply several of the basic components of a livestock 
manure management plan. Most were available from the authors for a nominal fee and few 
had unusual hardware or software requirements. However, from the perspective of late 2000, 
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these programs already sound somewhat antiquated. In general, they can be characterized as 
pre-Windows®, pre-Intemet, pre-geographic information system (GIS) programs. 

Based on the survey's descriptions, these programs suffered from many of the same 
limitations. The following are areas where new software can bring novel ideas and 
approaches to bear on the complex challenge of nutrient management planning. 

• Take advantage of Windows- and Web-based interfaces. Previous programs 
used the limited text-only interface supported by operating systems such as 
Microsoft® MS-DOS® that were in use at the time the programs were designed. 
Today's Windows- and Web-based software support the more powerftil and 
intuitive graphical interface expected by modem computer users. 

• Fully address temporal issues. Earlier software focused on annual totals for 
manure production and manure applied to each field. To meet water quality goals, 
nutrient management planning must address the timing as well as the amount of 
manure and other fertilizers applied to fields. Effective planning must also help 
the farmer anticipate times of the year when there is a danger of exceeding 
manure storage capacity. 

• Enhanced management of spatial data. Previous software at most noted the 
distance fields were from manure storage. In practice, nutrient management 
planning requires evaluating the proximity of manure management practices to 
many geographical features, including lakes, streams, wells, neighbors and 
steeply sloping land. Advances in the availability of GISs provide an opportunity 
to integrate more sophisticated map-based features into nutrient management 
software. 

• Process-oriented. Most earlier programs appeared to base manure N availability 
and loss estimates on an annual or seasonal loss factor. Prediction of N 
availability may be improved by process-oriented models that account for the 
effects of time, weather, application method, and source characteristics on 
transformations occurring in the field. 

• Regional and national focus. Previous software was developed by individuals 
who were focused primarily on the specific needs and conditions of a particular 
state. Nutrient management efforts are more similar than they are different from 
state to state. Supporting multiple states is not only cheaper in the long run, but is 
consistent with the current trend of developing common approaches for 
generating land application standards for multiple states. To satisfy regulatory 
reporting requirements, software will be needed that supports sophisticated 
reports. Both federal and state-specific reports may be required for the same 
operation. This will require software that is national in scope. 

• Designed to be extended or enhanced by users and third parties. Previous 
programs were largely limited to enhancements supported by MS-DOS and the 
DOS-based programming tools prevalent at the time the programs were 
developed. Today's users require ways to add value to software by incorporating 
ideas and innovations of their own. This gives users a personal stake in what 
otherwise could be perceived as impersonal national software. 
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• Utilize existing standards for identifying and exchanging data. Data exchange 
between earlier programs generally had to be worked out by the developers 
themselves on a case-by-case basis. Today's users may need more than one 
nutrient management tool. If the tools adhere to standards and support common 
ways of identifying and exchanging data, the amount of data that must be 
manually entered can be kept to a minimum. 

• Take advantage of the Internet. Most software today can be updated by 
downloading revisions or updates from the Internet. This requires a more 
sophisticated way of packaging and installing the software. The Internet can also 
be used to provide weather and geographic data relevant to nutrient management 
planning. 

• Link to a GIS. Working with a GIS is now a common way of putting a friendlier, 
map-oriented interface on agricultural software. 

• Provide both "strategic" and "tactical" approaches. A strategic approach 
requires that the focus be on planning for the next several years; a tactical 
approach must address immediate and short-term planning and recordkeeping 
needs; and a bimodal approach requires a way to switch cleanly between modes. 

3. DATA REQUIREMENTS AND ACQUISITION 

Easy access to relevant data is the foundation of successful computerized nutrient 
management planning. Automated data acquisition is one of the primary potential benefits 
that new software can have on nutrient management planning. Automated data acquisition 
can reduce much of the drudgery of manual data input, provide more accurate and timely 
information, and include more of the information needed for developing detailed plans. 

Transfer of data between programs is not assured; substantial effort must be applied to 
standardize data among programs and develop protocols for communication between them. 
For example, the apparently simple task of importing soil test results fi-om different soil 
testing laboratories into planning software is only now being resolved. 

3.1. External and operation-specific data 
Data required by planning software consist of two types, external and operation-specific. 

External data typically are derived from state and national databases. These data can be 
modified, but only infrequently. Operation-specific data are unique to the operation and often 
vary from year to year. Strategic planning relies heavily on external, non-temporal data, 
while tactical planning demands operation-specific, temporal data. Strategic planning 
requires generalization, while tactical planning forces better data collection. The more recent 
the data, the better the tactical plan will be. 

Examples of external data include: 
• Location data, including state, county and watershed boundaries. 
• Soil survey attributes. 
• Long-term weather data. 
• Fertilizer recommendations. 
• Plant nutrient removal rates. 
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• Typical manure excretion volume and nutrient content. 
• Soil test response to nutrient inputs. 
• Nutrient availability calculations. 
• Digitized orthophoto quadrangles (DOQs). 

Examples of operation-specific data include: 
• Field layout, including predominant soil type, total area, spreadable area, 

setbacks, buffers, and distance from manure storage. 
• Soil test levels. 
• Current weather data. 
• Crop rotation and yield goals. 
• Manure storage facilities. 
• Animal numbers, types and rations. 
• Manure volume and analysis. 
• Equipment types and specifications. 
• Fertilizer and manure applications. 
• Planting, residue, tillage and harvest information. 

3.2. Standards for identifying data 
Two obstacles prevent data from one program from being used in another program. The 

first is the way in which the information is encoded and stored. For example, are the data in a 
computer file or a paper report? If the data are in a computer file, what is the file's format? Is 
it a spreadsheet file, a text file, or some other type of file? Software that imports data must be 
able to identify and understand the file's format to read the file. Overcoming data format 
barriers is largely a technical issue and can generally be solved through the development of 
conversion tools or program support. 

The second obstacle is the problem of identifying and describing data. A program that 
imports data must be able to identify each piece of incoming data. With agricultural data, 
there are a number of areas where standards for describing data would be useftil. In some 
cases, standards have recently emerged or are being developed. In other cases, no standards 
yet exist. 

3.2.1. Farm field identification 
Unlike street addresses for houses and businesses, farm fields are fairly amorphous, 

dividing and combining as they're sold, rented, farmed and managed from year to year. 
Producers may have more than one way of identifying fields. For example, they might have 
one system based on field ownership. This could correspond to the traditional USDA Farm 
Service Agency (FSA) farm/tract/field system of field identification. They might have 
another system based on how the field is managed, in which a field is divided into subfields 
based on soil type, drainage, proximity to water, or other factors. Each subfield might be 
managed differently for manure even though the entire field is planted and harvested the 
same. A field could also be identified by the latitude and longitude of points on its boundary. 
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although this is less a method of identification than a method of locating the field and is most 
useful within the context of a GIS. 

3.2.2. Soil test data identification 
With soil test data, the problem of identification is twofold. Not only does the field from 

which the sample was taken need to be identified, but the particular test and units used by the 
laboratory where the sample was processed must also be known. With a sample's field 
identification, the field ID must travel with the sample's data so it appears alongside the test 
results in the report or data file returned by the laboratory. 

Programs that import soil test results must also know, for example, which value is pH and 
which is P. Furthermore, the program will need information about the kind of data being 
provided. For example, the method used to measure soil test P (e.g. Bray P-1, Mehlich III, 
Olsen, etc.) and the units (e.g. parts per million or pounds per acre) must be known to 
properly interpret the incoming data. 

Data standards can be used to facilitate transfer of information between programs. These 
standards can be program specific, in which a program has certain expectations about 
incoming data. For example, a program may insist that all P data be based on the Mehlich III 
method and in units of part per million. Soil test data that were derived using a different 
extraction or in different units must be converted to the expected standard before they can be 
imported. Alternatively, universal standards can be developed where the full range of 
possible data types are defined. In this scenario, both data source and receiving program 
agree to use the predetermined definitions. The program receiving data can use the standard 
to identify the type of data provided and convert the incoming data to its own required 
format. 

The Ag Electronics Association (AEA), a not-for-profit trade association founded in 
1995, has worked ambitiously to create some universal standards. The AEA has developed 
two specifications pertinent to soil test data. The first is a data dictionary for defining soil test 
data (AEA, 1997). The second is a transfer specification for exchanging soil test data (AEA, 
1998). These specifications are voluntary guidelines; no one is required to use them. An 
informal survey of soil testing labs conducted by two of this chapter's authors in early 2000 
did not find any labs that were familiar with the AEA's work. However, these specifications 
go a long way toward setting an important standard for soil test data identification and 
exchange. 

3.2.3. Crop identification 
In some states, numeric codes have been assigned to crops commonly grown in those 

states. These codes are used to specify crops on soil testing laboratory submission forms and 
in generating extension fertilizer recommendations. While these codes make for a state 
standard of sort, they do not make for a national one since each state's numbering system is 
different from the next. Without a universal way of identifying crops, a different scheme for 
linking to national crop databases will have to be worked out for each state. 
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3.2.4. Soil identification 
NRCS has developed the National Soil Information System (NASIS) as a central 

repository for storing and working with soil survey data. This database sets an important 
standard for identifying soils and describing soil attributes, but it does not solve all problems. 
In some cases, where a survey area has been remapped or renumbered, the NASIS database 
differs greatly from the published soil survey in use today. Any data references to the 
published soil identifiers in remapped or renumbered counties will be incompatible with 
NASIS. 

Closely linked to NASIS is the NRCS Soil Survey Geographic Database (SSURGO). 
SSURGO was designed for use by natural resource planners working with GISs. NASIS has 
the ability to export a subset of its data as a SSURGO data set. A SSURGO data set includes 
digitized versions of the original soil survey maps and associated soil attribute data. A soil 
survey area typically consists of a single county. Once digitized, a county's SSURGO data is 
submitted to NRCS for certification. By December 2000, SSURGO data for about one third 
of U.S. counties had been certified. 

3.2.5. Watershed identification 
During the 1970's the U.S. Geological Survey (USGS) mapped the U.S. at the subbasin 

drainage level, developing an 8-digit hydrologic unit code (HUC) to identify each subbasin. 
An 8-digit HUC represents roughly 448,000 acres. In the late 1970's, recognizing the 
inadequacy of 8-digit hydrologic units for local water resource planning, NRCS began 
mapping subbasins into 11-digit watersheds (40,000 to 250,000 acres) and then mapping 
these watersheds into 14-digit subwatersheds (3,000 to 40,000 acres). By the early 1990's 
NRCS had decided to map and digitize the entire U.S. at the 14-digit subwatershed level. The 
objective was to develop a national GIS watershed database that matches USGS 
topographical maps. By December 2000, NRCS had certified two states' 14-digit maps, with 
work in progress in most other states. 

3.2.6. Crop planting and harvest units 
In the U.S., units for seed, planting rates, and harvest yields vary from crop to crop and 

even from state to state. For example, depending on the crop, seed can be priced per pound, 
bushel, hundredweight, 80,000-seed bag, 100,000-seed bag, or 50-pound bag. Planting rates 
are in seeds per acre, pounds per acre, or bushels per acre, while yields are reported in 
pounds, bushels, hundredweight, or tons. The USD A Census of Agriculture uses a standard 
set of units for crop yields, but in some cases the census units differ from what producers 
commonly use. 

3.3. Data acquisition challenges 
While the public databases mentioned above are indeed public, obtaining them is not 

easy. For example, while any SSURGO county data set can be downloaded from the NRCS 
SSURGO Web site, obtaining data sets for multiple counties this way is slow and tedious. 
Developing software that can be used in more than one state will require a special 
arrangement with the responsible agency to facilitate the acquisition of necessary data. 
Furthermore, since most of these national databases are works in progress, with sizeable gaps 
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in the data, the software will also need to be able to make do when the data for a county or 
state are not available. 

In some cases, vital state-specific data may not be part of a national database. For 
example, in Wisconsin, each soil in the state has been assigned a subsoil group (Kelling et 
al., 1998). This subsoil group is used in generating extension fertilizer recommendations, but 
is currently not one of the NASIS soil attributes. Attributes like this will need to be merged 
with NASIS data on a state-by-state basis to be used by planning software. 

Acquiring GIS data can be particularly tricky. Not only is there the challenge of locating 
and obtaining the right data, but working with and distributing very large image files can be 
difficult. In addition, there are often numerous file and data formats to choose from. Finally, 
in the case of digitized aerial photographs, the age of the photograph can be important. If the 
photograph is too old, changes to farm structures may not be present. 

4. OTHER CHALLENGES 

4.L Inadequate research to support process-oriented models. 
Process-oriented models must be based on and validated by directly measured field data. 

At the present time, there is a lack of data for some of the basic processes involving manure 
applications. For example, while the general concepts of many nutrient transformations are 
well understood, actual field verification of nutrient transformations and losses have not been 
widely measured within the context of developing or testing transformation models. 

4.2. Limited funding. 
In the survey of programs cited earlier, all of the programs appear to have been developed 

by non-profit organizations, in most cases land grant universities. Because programs like 
these are often closely associated with university research and government agencies, 
personnel within those organizations traditionally have developed the programs. This is not 
likely to change. The relatively small market for nutrient planning software means that this 
kind of software will continue to be developed by public organizations. As a result, these 
programs will be constrained by funding; their existence and longevity will be directly 
related to success in grant writing and the length of those grants. 

4.3. Finding qualified computer personnel. 
In the past, students wrote much of the agricultural software produced by universities. 

However, students rarely possess much relevant programming experience and usually move 
on after two or three years. This sometimes makes software development success hard to 
achieve. Today's users expect software that is easy to use, reliable and frequently updated. As 
with a lot of professional activities, the writing of production code should probably be left to 
qualified professionals. 

Even though today's programming tools and environments are much more advanced than 
just a few years ago, learning to use the new tools can be difficult. In the current job market, 
finding programmers with the required experience and skills may not be easy. 
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4.4. Satisfying 50 states. 
Often one of the first questions a software developer is asked upon presenting a new 

program to a diverse group is "How can I use your program for my needs?" With agricultural 
software, if little thought was given to this possibility in the software's design, support for 
additional states or regions will have to be retrofitted to the program. This can sometimes 
conflict with the original design or goals of the program and delay its completion. However, 
designing a program from the beginning to meet the potential needs of multiple states is 
challenging. Often each state likes to think of itself as unique from all others, even though its 
farmers produce many of the same crops under generally the same growing conditions as 
neighboring states. Overcoming this challenge is less a technical problem than a political 
one. 

If planning software must account for state and local regulations, developers will need 
links with each regulatory agency to stay apprised of changes in regulatory and reporting 
requirements. 

4.5. Technological limitations. 
While most areas of the U.S. can now connect to the Internet at relatively low cost, much 

of rural America is limited to slow modem speeds and, barring some technological 
breakthrough, will continue to be limited to slow modems for the foreseeable ftiture. This not 
only restricts the distribution of software and data via the Internet, but more importantly 
limits the possibilities for on-line data entry, retrieval, and reporting. 

5. WHAT SHOULD THIS NEW SOFTWARE LOOK LIKE? 

Software that is national in scope, avoids the limitations of previous programs, satisfies 
nutrient management planning's data requirements, and overcomes the hurdles described 
above will not be easy or cheap to develop. What follows is a discussion of the minimum set 
of features that this software should possess. 

5.1. Deals with temporal issues visually 
Manure can be added to storage facilities on a regular basis or only during certain periods 

of the year. Manure can also be removed from storage for field application at potentially any 
time of the year. A useful way of dealing with these numerous manure "transactions" is a 
calendar that shows the status of all storage facilities and fields at monthly intervals. A 
calendar is also a good way of showing projected month-to-month fluctuations in manure 
accumulation. 

Closely connected with the use of a calendar to display manure storage and application 
status is the concept of "live" data handling. With live data handling, each new or modified 
transaction forces all "downstream" cells of the calendar to be updated automatically. For 
example, removing manure from a storage facility not only reduces the amount of manure 
displayed for the facility, but also updates its projected status for the remaining months of the 
calendar. Applying manure to a field has a similar effect as well, increasing the number of 
the field's acres that have been manured and reducing the field's nutrient requirements and 
manure application priority in subsequent years. 
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5.2. Deals with spatial issues visually 
Understanding the spatial relationships between a livestock operation's geographic 

features is key to accounting for them properly in planning software. An intuitive way of 
showing these relationships is to depict them on a multi-layered map. This is best done with a 
GIS that allows various spatially referenced data layers to be overlaid on each other as 
needed by the user. These layers can consist of digitized aerial photographs, soil survey, 
watershed and political boundaries, roads, water bodies, user-drawn farm and field 
boundaries, and setbacks and buffers. One recently developed GIS application, the Spatial 
Nutrient Management Planner (SNMP), automatically determines field size, setbacks, 
spreadable acres, distance from manure storage, soil type, watershed and county for each 
field in an operation and stores this data in a file for use in other programs (Lory et al., 2000). 

5.3. Resolves field identification problem 
Planning software must be able to support more than one system of field identification. 

Obviously it has to support the producer's own system of naming fields, while also 
supporting a way of identifying portions of a larger field for management purposes. One way 
of handling this is a three-level hierarchy of farm, field, and subfield ID's. In addition, the 
software needs to identify FSA farm/tract/field ID's for government program purposes, 
although it doesn't have to use these in its primary system of field identification. Knowing 
the field's 14-digit watershed and the spatial coordinates of its boundaries would also be 
useful. A GIS can determine these last two items. 

5.4. Maximizes use of publicly available databases 
NRCS and other federal agencies have put a tremendous amount of work into 

constructing a number of national databases. Wherever possible, planning software should 
defer to standards set by these agencies rather than trying to develop new ones. For the most 
part these databases are more than adequately documented, although the amount of 
information present in these databases can be daunting. At the same time, planning software 
needs to use local data such as state-specific soil attributes as well. 

5.5. Generates state-specific fertilizer recommendations for multiple states 
Traditionally, most programs that generate crop fertilizer recommendations have 

embedded both the crop-specific logic and the recommendation data in the program code. 
Even those programs that stored a portion of the data in an external file embedded the logic 
of how to interpret the file's structure and data in the program code. While this approach may 
be adequate for individual states, it poses several problems when trying to support multiple 
states: (i) changes to recommendations usually require program changes, (ii) nearly 
everything about each state's recommendations must be known in advance, and (iii) 
knowledge of recommendation decisions and changes tends to become lost over time if the 
program is the only source for the recommendations. 

A more general approach is to move much of the recommendation implementation out of 
the program itself and into an external file in the form of expressions that can be evaluated at 
runtime (Hess, 1998). The recommendation expressions can be written in any suitable 
scripting language and loaded and evaluated as needed during program execution. Writing 
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the recommendations as external expressions means that a great deal of conditional logic can 
be moved out of the program into an external form that is easier to access, document, modify, 
and maintain. This approach also allows outside parties to verify the resulting 
recommendations. In addition, since the recommendation expressions can be as general as 
the scripting language they're written in, a well-designed implementation will be able to 
handle a wide range of future demands. 

5.6. Estimates N availability based on N transformations 
Using a single factor for estimating N loss ignores temporal, soil, management and 

climate variables. With only a single factor, manure applied in September will have the same 
N loss estimate as manure applied in December. A process-oriented approach models the N 
transformations that take place between the time the manure is applied and the time that the 
crop needs the manure's N. This is the approach taken in an N transformation model 
developed for Ohio, Indiana and Michigan (Johnson, 1999). Purdue University's Manure 
Management Planner (MMP) program implements this model, modifying it to take into 
account other factors and generalizing it for use in additional states (Joem and Hess, 2000). 
The steps in MMP's algorithm are as follows. 

1. Determine manure's ammonium N. (Based on estimated or measured analysis.) 
2. Determine manure's organic N. (Based on estimated or measured analysis. With 

poultry manure, treat portion of organic N as ammonium N to account for readily 
mineralizable uric acid.) 

3. Determine amount of organic N that can be mineralized in first year. (Based on 
estimates for various manure types.) 

4. Determine amount of ammonium N lost due to volatilization during application. 
(Based on temperature at application.) 

5. Determine amount of ammonium N lost due to volatilization during first month 
following application. (Based on application method, high temperature following 
application, application rate, and amount of water in manure.) 

6. Calculate amount of ammonium N remaining at end of application month. 
(Subtract total volatilized N (steps 4 and 5) from step I's total ammonium N.) 

7. Determine amount of organic N converted to ammonium N during application 
month. (Based on month's temperature. Reduce organic N by this amount and 
increase ammonium N by this amount.) 

8. Determine amount of ammonium N converted to nitrate N (nitrification) during 
application month. (Based on month's temperature. Reduce ammonium N by this 
amount and increase nitrate N by this amount.) 

9. Determine amount of nitrate N lost due to denitrification during application 
month. (Based on month's temperature, soil type, and number of days soil is 
continuously saturated with water. Reduce nitrate N by this amount.) 

10. Determine amount of nitrate N lost due to leaching during application month. 
(Based on month's temperature and time since application. Reduce nitrate N by 
this amount.) 

11. Repeat steps 7-10 for each month until N is needed by crop. 
12. Sum the remaining ammonium N and nitrate N. This is the N available to crop. 
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For strategic planning, estimated manure analyses and long-term temperature and rainfall 
data must be used since actual data will not yet be known. For tactical planning, actual 
manure analyses and weather data can be used. The transformation factors used in each step 
of the algorithm can be adjusted for each state as necessary. 

Figure 1 shows the results of running MMP's N transformation model with various 
hypothetical manure applications. Note the importance of application timing to total N loss. 

Figure 1. Percent N remaining after applying 6,000 gallons/acre liquid pig manure 
(15,000 gallons/acre lagoon effluent for irrigation) at various months of application in 
northern Indiana using MMP's N transformation model (Bailey and Joern, 2000). 
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5.7. Open architecture 
The term "open" can have several meanings when appUed to computer software, but in 

the context of agricukural software it usually means the ability to import and export data in 
popular file formats. This definition needs to be expanded to include other types of access, 
including program-to-program links and facilities for enhancing and customizing the 
software by users. 
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5.7.1. Imports and exports data in multiple formats 
Traditionally, programs have linked to each other by importing and exporting data via 

external files. By supporting various standard file formats, data can be extracted from one 
program's usually proprietary format and used in another program. By working through a 
neutral format, neither program needs to know very much about the other program. 
Unfortunately, importing and exporting is not the same as merging data or exchanging data 
dynamically. Neither do these capabilities address the problem of data identification, only the 
physical exchange of data. Efforts like those of the AEA can help by establishing a standard 
way of identifying and exchanging soil test data via a Transfer Support Layer (TSL) file 
created for each data source. However, creating a TSL is not a trivial task and will probably 
require software developers to work closely with soil testing laboratories to create each TSL. 
A similar effort to establish standard ways of identifying crops would be helpful. For 
example, a four-level hierarchy for identifying crops by genus, species, use, and cultivar 
could be one approach. 

5.7.2. Supports modern computer technologies 
A smoother way of linking programs is to utilize newer software technologies. One of 

these is Microsoft's Component Object Model (COM), which is built into all of its Windows 
operating systems beginning with Windows 95. COM supports a mechanism called 
Automation, which permits one program to operate another program remotely without user 
activity. The program being manipulated is the Automation "server" and the program doing 
the manipulation is the Automation "client." Programs can be both a client and a server. 
Automation offers a number of advantages over previous technologies such as Dynamic Link 
Libraries (DLL). To start, the language used to develop an Automation client or server is not 
relevant, as the COM specification is language independent. This permits developers greater 
latitude in their choice of development tool. In addition, an Automation server can be largely 
self-documenting. 

Automation also permits more than just data interchange. Any capability of a program 
can be made available to other programs. This allows complex systems to be built in a 
modular fashion and allows programs to take advantage of the unique computational abilities 
of other programs. For example, the previously cited GIS application, SNMP, can utilize 
Automation to exchange non-spatial data and fertilizer recommendations with Purdue's MMP 
software (Joem et al., 2000). Publicly funded agricultural software should support 
Automation both as client and server to make its data and algorithms as widely available as 
possible. 

5.7.3. Add-in facility 
For planning software to be widely adopted, it needs a way to be customized and 

enhanced by third parties. One way of doing this is to provide a facility for adding 
components developed by others. Most modem software has this capability. For example, 
word processors support document templates, browsers support helper applications for 
viewing foreign file formats, and so on. With planning software, specialized reports are 
necessary. Typically, these reports use the program's data but are developed with commercial 
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database and reporting software. If the planning software has a way of adding in these 
reports, they will appear to the user as an integrated part of the program. 

5.7.4. Permits state-specific customization 
In addition to specialized reports, planning software will need to be customized for use in 

other states with minimal program changes and without forking into multiple versions of the 
program. One way to help with this problem is to place all program data that could vary from 
state to state into external files. This not only provides a common way of customizing the 
program, allowing state-specific files to "drive" the program, but also places data where 
others can view and verify the values. 

5.7.5. Technical documentation 
To realize the goals outlined above, planning software will need documentation not only 

for the user (a given), but also for other developers. To make it as publicly available as 
possible, this technical documentation should be posted on a Web site and updated regularly 
as the program progresses. 

6. FUTURE DIRECTIONS 

Developing software that models natural processes is an ever-changing landscape. 
Assumptions made today about hardware, software, methodology, data, or users may not be 
true tomorrow or may become irrelevant in light of technological developments. However, it 
is clear that software will continue to be asked to do more and more. Software will need to be 
more open, more flexible and customizable, and easier to use. Several areas where these 
needs could be addressed are described below. 

6.1. Linking private and public software 
Privately developed software is available for practically every commercial aspect of 

agriculture, including software that manages and analyzes site-specific data and documents 
farm activities such as pesticide applications, equipment depreciation, tax form filing, and 
bookkeeping. In addition, a great deal of publicly developed software that incorporates 
research done by universities and government agencies is also available, including software 
that estimates soil loss, schedules irrigation, creates conservation plans, and helps agency 
personnel keep track of farmer clients. Much of the information entered about an operation or 
activity in one of these programs could potentially be used in other programs. As more and 
more aspects of agriculture become measurable, the amount of data generated by each 
operation will increase. Exchanging data between various programs needs to be dynamic and 
simple to do, if not completely transparent to the user. Furthermore, to avoid duplication of 
programming effort, programs need to be able to utilize each other's computational abilities. 

6.2. Utilizing the Internet to distribute software and data 
A great deal of software and data are already distributed via the Internet, either by manual 

downloads or, in some cases, automatic updates. More and more software will undoubtedly 
gain the ability to update itself automatically. How much software will eventually be run 
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over the Internet as Java or other programs remains to be seen. Faced with the age-old 
problems of software compatibility and distribution, many developers embraced the Internet 
as a way of avoiding these problems, only to discover that Web-based software presented its 
own set of new problems involving bandwidth, security, privacy, and data ownership. 

Another area where new possibilities exist is for software to assist the user in locating the 
increasing amounts of publicly available on-line data. Rather than requiring that each user 
hunt for necessary data more or less manually, software that knows where to look for the data 
could simplify the search process. 

6.3. Emergence of GIS as a true end-user management tool 
Until recently, GIS was limited by its considerable hardware and data requirements. 

Many of these limitations have eased or will disappear as the digitizing and mapping efforts 
now underway are completed and the resulting data are made available in more compact and 
selective forms. The world of commercial GIS software is also changing, with more modem 
and standard programming tools becoming available. These changes will allow GIS to 
become a ubiquitous tool for visually managing many types of agricultural data and supplant 
the traditional row-by-column way of presenting agricultural data to the user. 

The marriage of GIS and the Internet appears to be a natural match. Few users require 
more than a tiny fraction of publicly available GIS data. Yet packaging data to be used by a 
large group requires that most of this GIS data be included. Why not provide GIS data on an 
as-needed basis via the Internet? For example, a farmer or consultant could locate a farm on a 
Web-based map server. The server then packages all relevant data for downloading. To keep 
the amount of download data to a minimum, bulky layers such as digitized aerial 
photographs can be clipped to the farm boundaries. 

Another approach would be a Web-based GIS that supports many of the nutrient 
management tasks performed by today's standalone software. With this approach, all GIS 
data would remain on the server. 

6.4. Modeling of nutrient loss potential on a site-specific basis 
As the impacts of land use on nutrient and sediment loss potential become more 

quantifiable, new software that can estimate the effects of management on these losses will 
be needed. For example, research is currently underway to assess the risk of P loss from 
agricultural soils on a site-specific basis. When surface water nutrient criteria are developed 
for various water body types, TMDLs in nutrient- and sediment-impaired watersheds will 
likely follow. Software that can model N, P, and sediment loss potential will be needed in 
direct response to these guidelines or regulations. 

7. SUMMARY 

Nutrient management planning software that accurately models management impacts on 
natural processes and the environment can help crop and livestock producers document the 
sustainability of their operations in an increasingly regulated environment. However, a 
number of challenges must be addressed for this software to be effective both locally and 
nationally. These challenges include the problems of data acquisition, standardization and 
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exchange. The software must also accommodate the spatial and temporal nature of manure 
and nutrient management, as well as be flexible enough to satisfy emerging regulatory 
reporting requirements. Finally, and most importantly, the software must provide useftil, 
practical tools such as farm and field maps, planning calendars and rate calculators to help 
producers better manage their operations. 
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Nitrogen use efficiency (NUE) in production agriculture often is too low resulting in losses of 
excess N to ground water as NO3-N, to gaseous emissions of NH3 and NjO, and to N losses in 
surface runoff and erosion. Best management practices (BMPs) are needed to improve efficiency 
levels while maintaining proper nutrition for crops. Field studies designed to investigate potential 
BMPs are both time consuming and costly, and cannot cover all scenarios. Application of simulation 
models with N cycling components in conjunction with associated field investigations offers 
methodology that can help identify BMPs that show promise in increasing NUE, but at reduced cost 
and time expended. Credible BMP studies employing simulation tools need to proceed along a well-
defined path involving model selection, model adaptation and calibration, sensitivity analyses, data 
requirements and availability, model application, and model results interpretation and limitations. 
Early and continuing interaction with local producers and field research programs are essential parts 
of these BMP modeling studies. Examples from irrigated agriculture in Colorado and rainfed 
agriculture elsewhere illustrate cases where models have been successfiilly used to identify potential 
BMPs to improve NUE and reduce leaching of NO3-N. 

1. INTRODUCTION 

Nitrogen is the most important nutrient used in agricultural systems and contributes greatly to the 
economical viability, sustainability, and improvement of cropping systems across the world. It is 
important to have an adequate supply of this element in the rooting zone of cropping systems to 
maintain and increase yields needed to supply the nutritional demands of over six billion people and 
the continuing population growth. This element has been key to sustained increases in agricultural 
production, however, NUE is usually reported to be lower than 50% (Newbould, 1989). Worldwide 
NUE for cereal production is reported at approximately 33% which is equivalent to losses of billions 
of dollars (Raun and Johnson, 1999). Those NUE's lower than 50% can contribute not only to 
economic losses across all continents, but when N is transported off site it can potentially have 
negative impacts on important natural resources (Smith et al., 1990; Milbum et al., 1990; Follett et 
al., 1991; McCracken et al., 1994; Owens and Edwards, 1994). Drinking water with NOs'-N 
concentrations above 10 ppm has been established to be unsafe by the United States Environmental 
Protection Agency (USEPA, 1989). Those most susceptible to high NO3-N concentrations are 
infants under 3 months of age that can be affected by blue baby syndrome (clinical 
methemoglobinemia) (Follett and Walker, 1989). It is imperative to continue the development, 
evaluation, and implementation of new management practices that increase N recovery and reduce 
potential losses to the environment. Excess NH4̂ -N and N03'-N in soils have been linked with N2O 
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greenhouse gas emissions (Mosier et al., 1991; Duxbury et al., 1993). Recently, N cycle models 
such as NLEAP (Shaffer et al., 1991) and DAYCENT (Parton et al., 1998) have been extended to 
simulate emissions of N2O from soils (Xu et al., 1998; Del Grosso et al., 2001). Oxygen hypoxia 
problems in the Gulf of Mexico have been attributed, in part, to nonpoint NOj'-N from agriculture 
(Antweiler et al., 1996), and NUE plays a role in this regard. 

Researchers are constantly working to develop and improve Best Management Practices (BMPs) 
that increase NUE. Due to the variability of geographical areas, cropping systems, management 
scenarios, and weather, it is impossible to conduct field plot or whole-farm studies that cover every 
possible scenario. Computer simulation and decision support (DSS) models for soil-crop systems 
that emphasize the N cycle, especially when coupled with economics and geographical information 
systems (GIS), are viable alternatives that can contribute to evaluating different combinations of 
management scenarios and how they impact the recovery of N by a cropping system for a given set 
of conditions. These models represent a complex series of algorithms and databases that can interact 
with different conditions and serve as mechanistic tools to evaluate different scenarios and their 
effects on NUE, and the sustainability of a system. 

Farmers, consultants, and the developers of public policy need these kind of efficient tools to help 
them identify, prioritize, and learn about how management practices will affect economic returns and 
regional environmental quality. The coupling of computer models with GIS techniques can help 
develop public policy that promotes the improvement of economic, environmental, and social-well 
being of a specific region. System models are thus important tools in the evaluation of how new 
practices will affect the sustainability and economical viability of agricultural systems. Models can 
be used for studies on the effects of management on N dynamics over long term periods. For 
example, they can simulate the effect of a set of management scenarios and cropping systems such as 
the incorporation of crop residue versus removal of straw on soil and water quality over a 25 to 50 
year period, or longer. Computer algorithms allow the use of large databases that interact with the 
parameters and management scenarios to identify best alternatives. These simulation analyses can be 
used to develop and implement the best management policies that can contribute to maximized 
economical returns, and improvements in NUE and environmental conservation. 

2. APPLYING MODELS TO FIELD SITUATIONS 

Application of models in field studies where conditions are variable and a wide range of potential 
management scenarios exist can be challenging to agricultural managers and others who need 
answers quickly, but also need to be sure that the answers are credible and meet project needs. Users 
of models are quickly faced with a number of issues such as selection of models and databases, 
collection of model input data in the field, configuring the model for the study, developing 
management scenarios for the model, installation and operation of the model, model calibration and 
validation locally, and interpretation of the results. Effective and efficient handling of all these areas 
is necessary if successful modeling study resuhs are to be achieved. 

2.1. Model Selection 
Various agricultural systems models are available worldwide with the ability to simulate 
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carbon/nitrogen cycling in soil-crop systems. Selection of an appropriate model for a given region 
and application is not a trivial task and requires knowledge of model capabilities and limitations, and 
the problem and location to be addressed. 

Some examples of available models that can be used to simulate C/N dynamics are Crop 
Estimation through Resource and Environmental Synthesis, CERES (Ritchie et al., 1985); Erosion 
/Productivity Impact Calculator, EPIC (Williams et al., 1983); Nitrogen Tillage Residue 
Management Model, NTRM (Shaffer and Larson, 1987); LEACHM (Wagenet and Hutson, 1989); 
Root Zone Water Quality Model, RZWQM (Ahuja, et al., 2000); Nitrate Leaching and Economic 
Analysis Package, NLEAP (Shaffer et al, 1991); Great Plains Framework for Agricultural Resource 
Management, GPFARM (Ascough et al., 1998); the University of Minnesota NCSOIL model 
(Molina et al., 1983); GLEAMS (Knisel, 1993); CENTURY carbon model (Parton and Rasmussen, 
1994); the Danish Nitrogen simulation system, DAISY (Hansen et al., 1991); the German model, 
HERMES (Kersebaum, 1989); the Rothamstead N turnover model, SUNDIAL (Bradbury et al., 
1993); the German UFZ model, CANDY (Franko, 1996); the Canadian model, ecosys (Grant, 1997); 
Introductory Carbon Balance Model, ICBM (Andren and Katterer, 1997); the Swedish model, 
SOILN (Eckersten et al., 1998); and the Dutch model, ANIMO (Groenendijk and Kroes, 1997). 
Many of these models have Internet Web-sites that contain model descriptions and in some cases the 
latest versions of the models and their associated databases. A summary of the Web-site addresses is 
given in Table 1. 

C/N models have been applied to a range of environmental and management problems such as NO3" 
-N leaching, greenhouse gas emissions, carbon sequestration, and soil fertility management to name 
a few. Detailed descriptions of typical applications involving C/N models can be found in Shaffer et 
al. (2001b). The amount of detail contained in these models is highly variable and ranges from 
highly detailed research models to more user-oriented screening tools. Comprehensive reviews and 
comparisons of these models are presented by Ma and Shaffer (2001) for U.S. models, McGechan et 
al. (2001), for models in Europe, and Grant (2001) for the Canadian model ecosys. The potential user 
needs to review and judge the model capabilities versus project requirements and select the tool that 
best fits these needs. The best model for a given application usually lies somewhere in the middle 
near the maximum usability shown in Fig. 1. Selecting a model that either is too simple or too 
detailed for a given application, or that is inappropriate has caused many problems with model 
application studies in the past and needs to be avoided. Potential model users especially need to look 
at model capabilities, applicability, reliability, ease of use, data needs, and supplied databases 
relative to the needs and requirements of their project. For example, if a project contains a specific 
cropping system, but a model cannot handle this scenario, then that particular model probably cannot 
be used. Also, if some models do not contain soil and climate databases for the area of interest, then 
additional work will be needed to develop these resources, and this could play a role in final model 
selection. If a model was developed and tested in a region with considerably different conditions 
than the proposed project, then extra effort probably will be needed to configure and calibrate the 
model for the local area. 
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Table 1. 
Internet Web sites for C/N Cycling Models. 

Model Web site address. 

ANIMO 

CENTURY 

CERES 

DAISY 

EPIC 

GLEAMS 

GPFARM 

HERMES 

LEACHM 

NCSOIL 

NLEAP 

NTRM 

RZWQM 

SOILN 

http://dino.wiz.uni-kassel.de/model db/mdb/animo3 3.html 

http://www.nrel.colostate.edu 
/PROGRAMS/MODELING/CENTURY/CENTURY.html 

http://www.icasanet.org/. 
http://nowlin.css.msu.edu/. 

http://www.dina.kvl.dk/~abraham/daisy/ 

http://www.brc.tamus.edu/epic/ 
http://arsservQ.tamu.edu/ 

http://arsservQ.tamu.edu/ 
http://sacs.cpes.peachnet.edu/sewrl/ 

http://www.gpsr.colostate.edu/gpsr/products/gpfarm.htm 

http://www.gsfde/ufis/ufis/modell47/modell EN.html 

http://www.es.flinders.edu.au/LeachmDownload/LEACHWEB.HTM 

http://soils.umn.edu/research/ncswap-ncsoil/ 

http://www.nleap.usda.gov 
http://www.gpsr.colostate.edu/gpsr/products/nleap/nleap.htm 

ftp://ftp.nrcs.usda.gov/centers/itc/applications/wqmodels/ 

http://www.wiz.uni-kassel.de/model db/mdb/ntrm.html 
http://www.wcc.nrcs.usda.gov/water/quality/common/h2oqual.html 

http://www.gpsr.colostate.edu/gpsr/products/rzwqm.htm 

http://www.mv.slu.se/bgf/ 
http://amov.ce.kth.se/coup.htm 

http://dino.wiz.uni-kassel.de/model
http://www.nrel.colostate.edu
http://www.icasanet.org/
http://nowlin.css.msu.edu/
http://www.dina.kvl.dk/~abraham/daisy/
http://www.brc.tamus.edu/epic/
http://arsservQ.tamu.edu/
http://arsservQ.tamu.edu/
http://sacs.cpes.peachnet.edu/sewrl/
http://www.gpsr.colostate.edu/gpsr/products/gpfarm.htm
http://www.gsf
http://www.es.flinders.edu.au/LeachmDownload/LEACHWEB.HTM
http://soils.umn.edu/research/ncswap-ncsoil/
http://www.nleap.usda.gov
http://www.gpsr.colostate.edu/gpsr/products/nleap/nleap.htm
ftp://ftp.nrcs.usda.gov/centers/itc/applications/wqmodels/
http://www.wiz.uni-kassel.de/model
http://www.wcc.nrcs.usda.gov/water/quality/common/h2oqual.html
http://www.gpsr.colostate.edu/gpsr/products/rzwqm.htm
http://www.mv.slu.se/bgf/
http://amov.ce.kth.se/coup.htm
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MODEL DETAIL 

Fig. 1. Selecting the Best Model for a Field Project. 

2.2. Model Adaptation and Calibration 
Once a model has been selected, work must be done to configure and calibrate it for the local 

regional area and cropping systems. This includes the general layout of the model application, the 
databases, and the model parameters. The general layout includes items such as the scope of the 
model options and submodels to use, linkage considerations to other models (e.g. - economics 
packages and GIS), and the types of output variables needed. Databases may need to be customized 
or extended for local conditions. For example, regional soil and climate databases may not 
adequately represent local conditions for specific farms. Often, model parameters will need to be 
determined or refined locally. This may include crop parameters, process rate coefficients, and other 
ftinctional coefficients. For example, yield and N uptake are NLEAP model functions that can be 
affected by several parameters. NLEAP uses algorithms that are driven by the expected yield and the 
N uptake index, to simulate the N sink (uptake). Yields can be affected regionally by 
evapotranspiration, precipitation, temperature (degree days) and other parameters. Additionally, 
varieties may change from region to region. There are varieties that have a higher NUE and a lower 
N uptake index, so the amount of N needed to produce a unit of yield will be lower. Rooting depth 
parameters can also change with varieties. 
The model calibration/validation process should first define the management practices to be 

evaluated. The effect of soil type needs to be taken into consideration as well as the selection of 
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crops that are grown or that are anticipated to be the dominant crops in the region. For example, the 
NLEAP "region.idx" model parameter file often needs to be fme-tuned to the local area with 
additional crops and parameters such as the N uptake indexes. For nutrient management studies 
involving NUE and NO3-N leaching, calibration of soil residual NOj'-N should be done by 
comparing simulated residual soil NOj'-N values with observed N03'-N values for the root zone and 
below the root zone. Observed and simulated root zone soil water content should be compared and 
tested in a similar manner. 

2.3. Field Setup for Model Calibration 
Residual NO3-N, % soil organic matter (SOM), soil water content, and crop N uptake in 

commercial fields should be monitored using selected field plots. A good working plot configuration 
is at least four 20.9 m̂  plots established for replication and size considerations. The plot borders 
should be identified with field transponders installed at the comers so the same plots can be re-
sampled. Transponders will facilitate the location of the comers within a one-inch variability. New 
technologies such as real time kinemantic GPS can also be used to identify the border plot with 
accuracies at the sub-centimeter level (Zuydam, 1999). Plot data collected under commercial 
operations that are monitored more intensively with yield monitors or clipping should be used for the 
calibration/validation process, and whole field simulations with farmer yields should be used for 
technology transfer of information (Delgado et al., 2000). Farmer yield data from the entire field 
could be used (tmck loads), or if the field is divided by areas, yield monitors or tmck loads from the 
respectively areas should be used as inputs into the model. 

Aboveground and belowground plant samples from different crops such as small grain, and 
vegetables are collected by harvesting 0.4 m̂  in each plot. All above- and belowground plant 
compartments need to sampled. For example, aboveground vines need to be collected for potatoes, 
and tubers harvested. Main roots need to be picked from the plot, especially those for grains 
including a significant sink such as the crowns. The mean root depth also needs to be measured for 
all crops. Plant samples need to be collected prior to farmers harvesting of their fields. Plant samples 
need to be dried at 55 °C, ground and analyzed for total C and N content with procedures such as 
automated combustion using a Carlo Erba automated C/N analyzer®'. For the NLEAP model, total N 
uptake by all compartments needs to be added up and divided by total yield, to calculate a mean N 
uptake index. Water content of the harvested portion needs to be accounted for by collecting a clean 
fresh weight as soon as the samples have been collected, and determining the water content of the 
sample. 

One or two soil cores should be taken for the initial and final soil samples collected in each plot. In 
the case of whole fields, at least 20 cores need to be taken and composited for the initial and final 
soil samples. If the field is subdivided into areas, each area should then be sampled with up to 20 

1 Names are necessary to report factually on available data; however USDA neither guarantees nor warrants the 
standard of the product, and the use of the name by the USDA implies no approval of the product to the exclusion of 
others that may be suitable 
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cores. Soils are sampled in 0.3 m or more frequent intervals down to 1.5 m depending on model 
needs. Other chemical and physical variables such as the % coarse fragments by weight and by 
volume, % SOM, pH, CEC, and soil water content are also measured for the initial samples. Soil 
samples need to be collected from each core and should be kept in cool sealed bags to measure the 
initial % water content. After harvesting, the same procedure is used for soil samples collected to 
measure residual soil NO3-N and soil water content. 

The soil samples collected from each 0.3 m (or other) depth increment should be placed 
immediately into coolers and transported to the laboratory where they are air dried, and sieved 
through a 2 mm sieve. The percentage weight of the coarse fragments is used to calculate the 
percentage coarse fragments by volume (Delgado et al., 1998a). Bulk densities need to be 
determined or estimated from texture as described by USDA-SCS (1988). Soil samples need to be 
extracted with IN KCl, and the NOj'-N and NH4̂ -N contents determined colorimetrically by 
automated flow injection analysis. Records of the irrigation, N fertilizer application, planting, 
harvesting, cultivation, and other agricultural management practices must be collected to be used as 
inputs into the model as part of calibration. All N inputs such as amount and type of N fertilizer, 
amount of N in the irrigation water, crop residue mass and its N content, and the initial soil 
inorganic N content and any other N input required by the system needs to be accounted. Center-
pivot irrigation sprinklers need to be calibrated for accuracy and irrigation water samples need to be 
collected at least three times during the growing season and analyzed for NOj-N. Climatic data need 
to be collected at the site or from the nearest weather station. Rain and/or snow amounts need to be 
measured locally during the growing season at all sites. 

The model can then be used to simulate the effects of crop management on residual soil NO3-N in 
the profile and of the available soil water in the root zone. The simulated residual NO3-N for the root 
zone, bottom of the root zone to the bottom of the soil profile desired, and for the whole soil depth 
(e.g. 1.5 m) can then be compared to observed values. Correlations between predicted and observed 
available soil water and between predicted and observed residual soil NO3-N can be conducted. For 
these analyses the intercept (bo) and slope (b,) of the regression line can be tested statistically for 
differences from 0 and 1, respectively. 

After the collection of the basic input data, and the conclusion of the calibration and validation 
process on field plots, the model then can be tested for technology transfer on whole field scenarios 
(Delgado, et al., 2000). The simulation of whole field scenarios will give an idea of the level of 
accuracy and variability explained by the simulations (r̂ ) between measured and simulated values 
across the whole field. The user needs to include in the analysis and interpretation, the potential 
changes in chemical and physical characteristics across the field due to variability in soil type. This 
will help to account for variability in the measured residual soil NO3-N (variability of x, observed 
NO3-N) versus variability due to model simulations (variability of y, predictedN03'-N) (Delgado, 
1999 & 2001). 
Until we have a new generation of simulation models capable of conducting spatial simulation 

across fields and farms that include changes in soil surface characteristics as well as changes in the 
subsoil {changes in x, y and z), for a series of layers, we will need to use simulation models that 
simplify the system. 

Data collection needed to take the model through the calibration/validation and technology transfer 
effort should allow completion of the technology transfer process and determination of the effect of 
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BMPs on NUE and transport of NO3-N in the soil profile. In general, this can require several years 
and should encompass two or more crop rotation cycles. If the user wants to refine and fine tune the 
model one step further for more advanced and long-term simulations of N transformations and how 
these changes may affect NO3-N leaching, then longer term studies are needed that can evaluate 
changes in soil organic matter and N cycling. In other words, we may need to fine tune and calibrate 
the simulations of the N pools of the model on longer term scenarios (> 10 years) if users want to 
extend the simulation of these N pools, otherwise the basic assumptions with calibration/validation 
and technology transfer processes (6 -10 years) have been proven sufficient to simulate the effect of 
BMPs onNO3-N dynamics. 

Additional crop, soil, and weather inputs are important and need to be accounted for when 
comparisons are made of BMPs across a region or across years. Model algorithms have the 
advantage that they can be used for evaluation of BMPs based on a case by case scenario. An 
example of why weather data are important is that simulation of BMPs evaluated for a region will be 
affected by local rain and or evapotranspiration scenarios, since there may be significant variability 
of local thunderstorms and elevation. This variability needs to be factored in by regions. In the case 
of soil inputs, soil texture could be the same, a loamy sand, but the coarse fragments can 
significantly vary across the region and can impact the simulations. An example of a crop parameter 
will be the use of different varieties that can have different rooting depths and N uptake indices. 

2.4. Sensitivity Analyses 
The user can set up a sensitivity analysis to evaluate which model parameters are more important 

for a region. A series of simulations can be conducted by changing one parameter at a time by a 
factor of 0.25, 0.50,1.50, and 1.75. This can give an idea of the relative impact and importance of 
the input data as well as the impact of the variability of an input parameter. In other words, how are 
the conclusions affected due to the variability of the input parameters (e.g. results of soil organic 
matter content from two different laboratories). Sensitivity analysis is important in determining the 
relative importance of each input, but the analysis needs to be conducted considering long-term 
scenarios since it could also be confounded by specific initial conditions and events. For example, 
the interpretation of the sensitivity could be confounded by the initial data used for the respective 
growing season conditions such as a higher residual soil nitrate content (150 kg NOj'-N ha'̂ ) versus 
a lower initial content (5 Kg N03"-N ha''). 

2.5. Types of Field Analysis 
Application of models to field conditions involves a number of options that must be considered 

before proceeding with the study. The introduction of GIS technology now allows spatial 
simulations and mapping to be done across fields, farms, and regions. This capability requires that 
geo-referenced databases be available for roads, towns, legal boundaries, soils, climate, and 
management across the study area. Also, the simulation model of interest should be linked with 
these databases and be capable of providing output back to the GIS software. These linkages can be 
accomplished using hand techniques, but considerably more time and effort will be required than 
with an established C/N cycling-GIS interface. Some progress in this area has been made recently 
using the Internet to link C/N model and GIS servers with GIS databases (Shaffer et al., 2001a). 
When the required databases and models are available, a GIS analysis of NO3-N leaching and NUE 
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for an entire farm or region can provide considerably more information and insight than single site 
analyses. The user must decide whether the additional expense and effort required to conduct a GIS 
study are justified. 

In general, most studies involving projected simulations of N03'-N leaching and NUE need to be 
run for multiple years to dynamic steady-state conditions. This allows the effects of the initial 
conditions be reduced and long-term trends to become more visible. For example, the effects of an 
alternate management scenario need to be evaluated for at least 6 to 10 years and through at least two 
crop rotation cycles to allow re-establishment of dynamic steady-state. Shorter-term studies are 
usually reserved for preliminary model testing and for cases where the period to steady-state is of 
interest. For example, Delgado (1998) conducted short-term simulations of a lettuce, winter cover 
crop - potato rotation for a period of 2 years. The study reported that not only do the winter cover 
crops scavenge the NO3-N that leached below the rooting systems of the lettuce, but they also reduce 
the NO3-N leaching during the potato growing season. We can evaluate the impact and benefits not 
only during the current growing season, but those that are observed during the growing season of the 
following crop (Delgado, 1998). 

In addition to GIS applications, C/N cycling models for soils can be linked with applications such 
as ground water models and economics programs. These tools will require specific types of data 
from a C/N cycling model such as daily or monthly water and NO3-N leached and management 
details, usually in the form of a text file or database. If these types of extended applications are 
going to be used, linkages with potential C/N cycling models should be investigated during the 
model selection process. 

The NUE for each crop-system needs to be evaluated. Each system NUE can be calculated as 
follows: NUEsys = ((total N uptake by crop / total N available in the soil profile, e.g. 0 - 1.5 m ) * 
100). Total N available includes initial NO3-N in the soil profile, added fertilizer, added fertilizer in 
irrigation, background N in water, and simulated N cycling from soil and crop residue mineralized 
N (Delgado, 1998 & 2001; Delgado et al., 2001). Another analysis for well irrigated systems is the 
net NO3-N recovery from underground irrigation water. This net recovery from underground water 
will represent the potential for mining NO3-N by the system (Delgado 2001 and Delgado et. al., 
2001). A large negative number will represent a system with a high potential to contribute NO3-N to 
the underground water system since we do not know if all the NO3-N leached from the system will 
eventually reach the underground water (e.g. some may be lost by denitrification, or may be 
recovered by a scavenger crop). A high positive number will represent a system that is serving as a 
scavenger crop for the NO3-N added as irrigation water. A positive net recovery simulates a mining 
process for NO3-N from underground water. We could calculate then, this potential for mining NO3"-
N for the root zone or for a similar soil depth. For a rotation that includes shallow and deeper-rooted 
crops such as lettuce-winter wheat, a simulation on a similar soil depth is important since deeper 
rooted systems can serve as a scavenger and recover residual soil NO3-N from below the rooting 
systems of shallower rooted crops such as lettuce and potato (Delgado 1998 & 2001; Delgado et al., 
1998b & 2001). This N03'-N mining potential is calculated as follows: a) NO3-N mining for the 
root zone equals N03'-N in the groundwater added as irrigation water to the field minus NO3-N 
leached from the root zone; and b) NO3-N mining for the soil profile equals NO3-N in the 
groundwater added as irrigation water to the field minus NO3-N leached from a similar soil profile 
for the rotation. 
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2.6. Data Requirements and Availability 
In general, plot studies for model calibration and validation have shown that local inputs of field 

data have improved model predictability of residual NOj'-N, NUE, and NO3-N leaching. However, 
the large areas involved with whole-farms and regions have made data collection at field-plot 
intensities unfeasible from the standpoints of cost and logistics of time and personnel. The question 
now arises as to how much use can be made of large-scale soil and climate databases without 
undesirable losses in model accuracy? An even more fundamental question is how accurate do 
simulation results need to be on a whole-farm or regional scale to allow management decisions at 
these scales? Issues of scaling-up models developed and tested at smaller (field plot) scales arise 
here as well. Definitive answers to these questions are beyond the scope of this paper, but we do 
know the accuracy levels being achieved by C/N cycling models for a wide range of field plot 
studies around the World (Shaffer et al., 2001b). 

To maintain this accuracy, input data needs to be provided at the same resolution and detail. 
Fortunately, recent advances in remote sensing and GPS technology have improved the chances of 
developing higher resolution soil and climate datasets over large areas. Much faster computers 
coupled with GIS and database technology are now making detailed simulations of regional areas 
more feasible. Also, geo-referenced climate and soils GIS databases are becoming available at a 
national scale in the United States (http://www.wcc.nrcs.usda.gov/water/climate/prism/prism.html; 
http://www.ftw.nrcs.usda.gov/ssurgo_ftp3.html). Although these GIS databases do not yet provide 
data resolution at the field plot scale, they are a significant step in the right direction. 

2.7. Model Interpretation and Limitations 
Model limitations need to be accounted for and be understood to ensure that the interpretation of 

the simulated outputs is correct and the conclusions are representative of the dynamics of the natural 
systems. If the model is going to be used for prediction, the user will have to consider the effects of 
unknown conditions that may affect yields. For example, the effect of diseases, micronutrient 
deficiencies, salinity, acidity, weeds, and other effects that may affect yield may not be simulated by 
some models. The user will need to account for such effects when the expected yield is entered or 
simulated, or to realize that the simulations are being conducted for average expected yields under 
the respective BMP simulated scenario. 

Using most models for prediction of scenarios under BMPs where pests are controlled and yields 
are maximized will be more accurate than conducting simulations under weed infestation or with 
disease problems, since the model or user generally will have to predict the reduction in yield due to 
such an adverse condition. Additionally, the model may not account for the N uptake by the weeds. 
Usually the model is being used under BMPs that supply the necessary fertilizer inputs and control 
weeds, diseases and pest problems. If other adverse conditions need to be simulated, N partition and 
uptake by weeds will need to be accounted for, as well as the effects on reduction of yields. 

Additionally, crop N deficiency is not well simulated in some models since they do not reduce the 
rate of growth at the inflection point where N deficit appears. The user should understand that this 
type model is better applied under best maximum conditions, but that it could also be applied to N 
deficiency conditions. For example, if leaching events are higher than expected due to extraordinary 
rain events, that may impact yields, the user will need to interpret the effect of this N loss and the 

http://www.wcc.nrcs.usda.gov/water/climate/prism/prism.html
http://www.ftw.nrcs.usda.gov/ssurgo_ftp3.html
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potential reduction on yield, and N uptake. The NOj'-N leaching under such N deficiencies may be 
underestimated, since the model will keep assuming the same rate of uptake for the crop. This first 
simulation could then be followed by a second simulation with a lower expected yield to account for 
the lower yield and expected lower N uptake, however, by shifting the rate of uptake to a lower 
curve, the N uptake to the point of high precipitation may then be underestimated, and the N03'-N 
leaching may be overestimated. 

Some models may underestimate the expected N uptake for those crops and or varieties that can 
exhibit exuberant or succulent N uptake. For example, NLEAP uses the expected yield and a mean N 
uptake index based in total units of N uptake per unit of yield. The N uptake indices were developed 
under Best Management Practices under commercial operations. Under extremely high N 
applications, succulent N uptake may be higher than under BMPs and may be underestimated. 

There are climate limitations when some models are applied over a region. If using GIS for 
simulations of BMPs over a region, it is important to consider for example, that the model may not 
simulate the changes in temperature with changes in altitude. These changes in temperature can 
affect the simulation of N dynamics due to mineralization of soil organic matter and crop residue, 
which decreases with higher altitudes and lower temperatures. For such a condition, the region will 
have to be divided by ecological or climatic variability and the simulations conducted within each 
division will better simulate these dramatic changes in temperature, or precipitation and 
evapotranspiration. Regional simulations should also consider that single point simulations will not 
account for differences in yields due to soil type. This can be achieved by dividing the simulations 
by soil type where the respective expected yields by soil type can be entered as an individual input. 
Similarly, if specific fields are simulated, it is important then to collect local precipitation at the site 
during the period that the simulation is conducted to fine tune and better account for variability in 
local precipitation. 

Other potential considerations that need to be accounted for is the time interval. For example, 
NLEAP conducts it simulations using a daily or event-based time interval, so rapid infiltration 
events, denitrification, or NH3 volatilization effects, at intervals smaller than a day can create highN 
losses and may be underestimated by the model. Spatial variability across the field such as the 
occurrence of gravel bars, salinity at the lower spots and significant differences in soil type will not 
be simulated by the model. These spatially variable fields can be divided into soil type regions and 
or topographic regions within a field, and NLEAP would more accurately simulate these separate 
conditions (Delgado, 1999 & 2001; Delgado et al., 2000 & 2001). Major differences in soil layers 
within the profile will not be simulated since the NLEAP model uses the soil's physical and chemical 
characteristics across two (and more recently three) soil layers. The new model 1.20 (Delgado et al., 
\99Sb; Shaffer et al., 1998) can enter the rooting depth and the soil profile depth desired, and 
simulate up to 0.03 m accuracy. This may help by using a more uniform soil depth within a 1.5 m 
profile. For example using a 0.9 m profile for simulations. 

It is important that the user understands how the model inputs data and how to use the correct input 
variables. The user also needs to understand how to calculate the predicted or simulated results and 
have a basic knowledge of N dynamics and effects of management practices. 

Results should be summarized and presented in graphs, tables, and text. The simulation of the 
transport of NOj'-N in the soil profile is very important and as well as the simulation of soil water 
content. If the simulated residual soil NO3-N in the root zone and below the root zone is in 

file:///99Sb
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agreement with the observed residual soil N03'-N, and the simulated soil water content in the root 
zone is also in agreement with the observed, then model assumptions are sufficient to simulate the 
effects of BMPs on the dynamics and transport of N03'-N. These graphs of predicted soil water 
content, and residual soil NOj'-N in the root zone and below the root zone versus the observed need 
to be presented. The evaluation of cropping sequences as well as different soil types, crops and 
varieties is also important and should be part of the presentation of the data as well as the effects on 
NUE and on underground irrigation water NOj'-N mining potential (Delgado, 2001; Delgado et al, 
2001). 

NLEAP uses local databases to simulate N dynamics and has a leaching index that is descriptive 
on how sensitive each specific area is. This index for N03'-N leaching can help identify areas that are 
susceptible and vulnerable to groundwater contamination. It is important that we use the correct 
inputs that consider the variability of weather, soil type, yields, evapotranspiration, etc. 

3. EXAMPLES FROM IRIGATED AGRICULTURE 

The capability of NLEAP to simulate N03'-N dynamics in the South Platte region of Northeastern 
Colorado and the San Luis Valley (SLV) of South Central Colorado has been extensively studied. 
The land management of the South Plate alluvial aquifer in Northeastern CO is mainly dominated 
with irrigated agriculture. Both center pivot sprinkler and furrow irrigation are used for com, 
potatoes, onions, sugar beets, beans, alfalfa hay, and a number of other specialty crops. The uplands 
of the South Platte alluvial aquifers are dominated by dryland agriculture and grazing lands. The are 
numerous confined animal operations (CAFOs) in this region of Northeastern Colorado. The manure 
from these CAFOs is recycled into the adjacent cropland areas after harvest. The results of these 
simulations for these two regions of Colorado have been published extensively in the literature 
(Delgado, 1998, 1999 & 2001; Delgado et al., 1998a & b, 1999a & b, & 2001; Hall et al., 2000; 
Shaffer et al., 1995; Wyllie et al., 1994). 

The SLV is an important agricultural base for the State of Colorado with 90% of the potato, 77% of 
the spring wheat, 81%) of the barley, 32% of the oat and 12% of the hay produced in the state of 
Colorado during 1996 (CDA and USDA, 1997). During 1996 Colorado was the fifth highest 
producer of potato in the USA (USDA, 1997), thus the SLV region represents an important potato 
producer of the Nation. Other vegetable crops such as lettuce, carrot and spinach represent an 
important and viable production base of the valley with about 7,000 acres. Irrigated agriculture for 
this region is of most importance since it impacts the economics of most of the residents of the valley 
(Eddy-Miller, 1993). The SLV, with a mean elevation of 2,348 m and a mean precipitation of 180.3 
mm, is a high altitude intermountain dessert valley that extends 105 miles long and 20 to 50 miles 
wide (Edelmann and Buckles, 1984; Heame and Dewey, 1988). 

Austin (1993) reported that irrigation started in the SLV with the earlier Spanish settlers who 
established the first irrigation system in Colorado to divert water from the Rio Grande. Initially 
irrigation was limited prior to 1880, but between 1880 and 1890 an intensive network of canals was 
constructed increasing the area of furrow irrigation (Heame and Dewey, 1988). Underground water 
resources became a more important source with the introduction of the high capacity pumps during 
the 1950's, (Heame and Dewey, 1988). The efficiency of water use increased significantly during the 
1970's, with the introduction of sprinkler irrigation systems that contributed to an increased irrigated 
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area under these systems, since they increased from 262 wells in 1973 to over 2000 by 1996. Each 
center pivot irrigation system covers on average 54.7 ha. Furrow irrigation is also still used 
extensively across this region. 

Although there are a variety of soil types across the SLV, the soil texture of this region is 
dominated by the sandy textured soils or soils over a coarse textured substratum (USDA-SCS, 
1973). Nitrate contamination of local wells in excess of EPA standards have been extensively 
documented in the literature by USGS (Emery et al., 1973, Edelman and Buckles, 1984). The USDA 
established the San Luis Valley Water Quality (SLVWQDP) to evaluate the effect of BMPs for this 
region. The SLVWQD, USDA-NRCS and USDA-ARS worked in cooperation to use the NLEAP 
model to evaluate the effect of BMPs across different cropping systems. Commercial operations 
were monitored extensively over the whole valley on over 25 farms, with over 400 different 
simulations. A list of BMPs for this region was published by Ristau (1999). 

NLEAP model simulations for this region show that inclusion of early planted winter cover crops, 
after lettuce harvest on a lettuce - potato rotation, significantly increases NUE and decreases NO3-N 
leached during the potato growing season (Figs. 2 and 3, Data adapted from Delgado, 1998). 
Delgado's (1999) sequential simulation shows how important it is to evaluate the crop rotation on a 
similar soil depth for all the crops and to consider the previous year management practices that can 
affect NO3-N leaching from the system. He used the new version of the NLEAP model 1.20 that 
allowed the simulation of multiple crops with different rooting depths (Shaffer et al., 1998; Delgado 
1998 & 2001; Delgado et al., 2000). The winter cover crops (WCC) planted immediately following 
lettuce harvest, have enough degree days to develop a deep rooting system that can scavenge large 
amounts of NO3-N from the soil profile (Delgado et al., \999a). Early planted WCC reduce the 
amount of NO3-N potentially available to leach, and also reduce the NO3-N leaching during the 
potato growing season (Fig. 2) and contributed to conserve soil and water quality (Delgado et al., 
1999a). Delgado (2001) reported a significant correlation between rooting depth and NUE, NO3-N 
leaching and with the capacity to recover N03'-N from underground water sources for small grains 
and winter cover crops. When well water is used for irrigation, the winter cover crops and small 
grains act as filters scavenging theNO3-N and reducing the NO3-N losses from the system. 

The NLEAP model was capable of simulating different cropping systems from the SLV (Delgado 
et al., 1999; Delgado, 2001). Fig. 4 presents a correlation for seven irrigated crops grown in South 
Central Colorado and two irrigated crops from Northeastern Colorado for the observed vs. predicted 
residual soil N03'-N. NLEAP was capable of simulating the effects of management practices on the 
soil N dynamics for com and sugarbeets grown in Northeastern Colorado. The residual soil NO3-N 
for the whole soil profile (0 - 0.9 m) was lower for the small grain than for the shallower rooted 
crops that were grown in the San Luis Valley (Fig. 5, Data adapted from Delgado, 2001). The model 
simulated the transport of N03'-N and N03'-N leaching below the rooting zone of shallower and 
deeper rooted crops (Delgado et al., 2000). Delgado (2001) reported that BMPs can potentially 
contribute to the savings of millions of dollars by increasing NUE in this region of South Central 
Colorado and decreasing NO3-N leaching into underground water. They can potentially remove NO3" 
-N from irrigation water that is applied to the field, if deeper rooted crops are rotated with the 
shallower rooted crops and if recommended BMPs for N fertilization and irrigation are implemented. 
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Fig. 2. Mean Nitrogen Use Efficiency (NUE) for lettuce - early winter cover crop - potato 
(L-erWCC-P); for L- late winter cover crop - P (L-laWCC-P); and for a L-P rotations. Letters 
indicate significant differences at LSD P < 0.05 (Data adapted from Delgado, 1998). 
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Fig. 3. Mean Nitrate leaching for lettuce - early winter cover crop - potato (L-erWCC-P); for 
L- late winter cover crop - P (L-laWCC-P); and for a L-P rotations. Letters indicate significant 
differences at LSD P < 0.05 (Data adapted from Delgado, 1998). 
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Fig. 4. Observed and NLEAP simulated residual soil nitrate (NO3-N) in the soil profile. 
Observed and simulated data for potato (P), barley (B), lettuce (L), spring wheat (S W), canola (Cn), 
winter wheat (WW), and winter cover rye (WCR) grown in Southcentral Colorado and of com (Cor) 
and sugarbeets (SuB) grown in Northeastem Colorado ( *** = j ^ significant at P < 0.001). 
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Fig. 5. Observed residual soil nitrate (N03'-N) for lettuce (L); potato (P); barley (B), canola 
(Cn) spring wheat (SW) winter cover rye (WCR) and winter wheat (WW) for a 0 - 0.9 soil depth. 
Letters indicate significant differences at LSD P < 0.05 (Data adapted from Delgado, 2001). 
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4. EXAMPLES FROM RAINFED AGRICULTURE 

The NLEAP model has been applied to rainfed agriculture throughout the U.S. and in foreign 
countries. Walthall et al. (1996) used the NLEAP model to investigate NO3-N leaching from 
fertilizers used in cotton production on the Macon Ridge in Louisiana. Results helped to establish a 
linkage between NOj'-N concentrations in the shallow groundwater and leaching from the crop root 
zone in terms of lag times, annual rainfall distribution, and NO3-N available for leaching. 

Kaap et al. (1995) used NLEAP to develop strategies for municipal wellhead protection in Central 
Wisconsin sands. The study involved both rainfed and irrigated areas and found that no simulated 
NOj'-N leached to groundwater under alfalfa stands, with moderate amounts (30-50 kg/ha) leached 
under rainfed com and irrigated snap bean, and large amounts (61 - 130 kg/ha) leached under 
irrigated com. The modeling study helped to establish that the use of proposed BMPs alone failed to 
meet the 10 mg/1 NOj'-N groundwater quality standard. Other scenarios were proposed that could 
help to meet this standard including retirement of agricultural lands to forest or grassland, changing 
the agricultural crop rotations to more hay, and converting the agricultural lands to residential. 

Stoichev et al. (2001) working in Bulgaria compared NLEAP simulated NO3-N leaching for 
sunflower-winter wheat and com-sunflower-winter wheat rotations with simulated N03'-N leaching 
from irrigated home vegetable gardens. The modeling results helped to establish that the majority of 
the NO3-N leaching in the local village was from the gardens rather than from agricultural fields as 
initially assumed by the villagers. As a result, remedial measures were recommended to the villagers 
involving reduced N input to their gardens. 

5. DISCUSSION AND CONCLUSIONS 

Field applications of models for nitrogen management are challenging from the standpoints of 
selecting an appropriate model from the long list of available tools and then applying the model to 
field situations that often are removed from conditions and locations where the model was developed 
and tested. The potential user must be prepared to collect a reasonable amount of field data to 
calibrate the model for the soils, management, and climate conditions in the study area. This will 
involve one or more seasons or years of field work to collect the required crop yield, soil nitrogen, 
and soil water data that are needed. Once this is accomplished, calibration of the model should be 
done using a systematic approach based on a prior sensitivity analyses mn on the tool. The more 
sensitive parameters for the study region should be adjusted to improve agreement with field data. 
Some additional testing should also be done with data not used in the calibration to help develop a 
reasonable amount of validation experience with the model. 

Once the calibration procedure has been completed, the model can be applied to test altemative 
scenarios involving nitrogen management. Potential scenarios should be developed in cooperation 
with local producer, commodity, and action agency groups. Early buy-in of these organizations is 
essential for later adoption of the best management practices that are identified. In general, 
simulated scenarios should be mn for a number of years until dynamic steady-state is achieved in 
terms of residual nitrate in the soil profile. This provides for a better test of long-term management 
impacts on the system and minimizes the effects of the initial conditions, which may be uncertain 
across the region or farm. In some cases, shorter term studies may be needed to test, for example. 
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methods of mitigating problems with existing NO3-N accumulation in the soil profile. Comparisons 
among simulations of various management scenarios should be done taking into account the 
uncertainty in the results obtained from the calibration and validation studies. For most nitrogen 
studies in the field, this means that small differences for simulated residual soil nitrates and nitrate 
leached will not be statistically meaningful for comparisons of some management scenarios. Larger 
potential differences should be targeted when selecting management scenarios to be tested, 
especially if producers are expected to demonstrate positive benefits from the adoption of BMPs. 
Indeed, helping to identify scenarios with substantial potential benefits is one of the better uses for 
modeling in the N management area. 

Examples, where field modeling studies have identified significant potential differences in nitrate 
leaching potentials for alternate nutrient management include a fertilizer and manure management 
study reported by Hall et al., 2000 where long-term manuring at high rates was shown to be leaching 
excessive nitrates from the root zone; the leaching study of Kaap et al. (1995) in Wisconsin; the 
Bulgarian N03'-N study in the village of Parvomaitsi reported by Stoichev, et al. (2001); and the 
leaching simulation work done in the San Luis Valley of Colorado by Delgado (2001). These 
studies have demonstrated how the application of a C/N model such as NLEAP can make a 
difference in recommended N management scenarios. Basically, these authors applied the 
procedures outlined in this chapter to implement and complete successfiil nitrogen modeling studies 
under field conditions. 

Models for N dynamics are tools that can be used to help identify and improve BMPs and to 
transfer research results to producers, consultants, and extension personnel. Successful field 
applications of these tools need to proceed along a well defined path as outlined in this chapter. This 
begins with model selection and proceeds through field data collection; initial BMP selection; model 
adaptation, calibration, and testing phases; model application; and results presentation and evaluation 
phases. 
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Chapter 16. Simulated effects of land use, soil texture, and precipitation on N gas 
emissions using DAYCENT 
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We describe the N gas (N2O, NOx, N2) flux submodel used in the DAYCENT ecosystem 
model and demonstrate the ability of DAYCENT to simulate the low N gas emissions 
observed from native soils, the intermediate emissions associated with dryland agriculture, 
and the high emissions observed for irrigated agricultural soils. Although DAYCENT did not 
always capture the observed daily variability in N gas emissions, it did simulate the observed 
seasonal patterns of N gas emissions within systems and differences in mean emissions 
among systems reasonably well. DAYCENT was used to compare N gas emissions from 
soils for native range grass, winter wheat/fallow conventional till and no till, winter 
wheat/com/fallow no till, irrigated com and irrigated silage cropping. NOx made up the 
majority of N gas fluxes in all cases followed by N2O (2-21% of N gas fluxes) and N2 (0.1-
11% of N gas fluxes). Yearly N2O emissions ranged from 0.06-0.1 kgN ha"̂  yr"̂  for native 
range grass, 0.25-0.67 kgN ha"̂  yf' for winter wheat/fallow and silage cropping, and 1-1.5 
kgN ha'̂  yr'̂  for the irrigated com. NOx emissions declined while N2O and N2 emissions 
increased as soil texture became finer. Soil water inputs, tillage, timing of crop/fallow periods 
and fertilizer application interact to control N gas emissions so generalizations regarding land 
use are difficult to make. Switching to no till without changing the winter wheat/fallow 
cropping schedule resulted in higher N2O emissions because the increased soil water content 
induced by no till supported higher denitrification rates. However, the soil water savings 
associated with no till also allows a reduction in the fallow period and the 3-year winter 
wheat/com/fallow rotations had lower N2O and NOx emissions than the 2-year winter 
wheat/fallow systems considered. 

1. INTRODUCTION 

Flows of nitrogen (N) between the atmosphere, soil, and biota strongly influence the 
carbon (C) cycle and atmospheric chemistry. Net primary productivity (NPP) is limited by N 
availability in most terrestrial ecosystems (Vitousek and Howarth, 1991; Levin, 1989) and N 
transformations in soils are a major source of N gas emissions to the atmosphere (Davidson 
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and Kingerlee, 1997; Kroeze et ai., 1999). Nitrous oxide (N2O) is a long-lived, important 
greenhouse gas (Prather et al., 1995). Nitric oxide (NO) and its oxidized counter part, NO2, 
(together referred to as NOx) are major ozone regulators and limit the overall oxidizing 
capacity of the troposphere (Williams et al., 1992). Human activity has profoundly altered 
fixation rates of atmospheric N2 and emission rates of N2O and NOx to the atmosphere. The 
amount of reactive N induced into the biosphere from fertilizer production, N-fixation in 
crops and fossil fuel combustion exceeds the N fixed annually in natural systems (Smil, 1999; 
Vitousek et al., 1997; Galloway et al., 1995). Anthropogenic activities, mainly fossil fuel 
burning and agriculture, are major sources of atmospheric NOx (Prather et al., 1995) while 
biogenic processes are the major source of N2O (Kroeze et al., 1999). 

The atmospheric concentration of N2O has been well documented for current and historical 
time periods (Prather et al., 1995). In contrast, the amount of N in soils and the biota, as well 
as the flows of N that contribute to the observed changes in atmospheric N2O, cannot be 
measured directly on the global scale. Ecosystem models are necessary to scale up results of 
plot sized experiments and calculate the contributions of natural and managed systems to 
global N budgets. Simple empirical models correlate N gas flux with N additions (IPCC, 
1997) or with soil water content (Davidson and Verchot, 2000). At the opposite extreme, 
highly mechanistic models explicitly simulate the biological, physical, and chemical 
processes involved in N transformations and flows (Grant and Pattey, 1999). Simple models 
tend to be over-generalized and cannot represent the heterogeneity of real world systems 
while mechanistic models require detailed parameterization and intensive computation. 
DAYCENT is an ecosystem model of intermediate complexity, some processes are 
represented mechanistically but the model requires a relatively small number of site specific 
parameters. In this chapter we begin with a brief overview of the DAYCENT model and 
describe the N gas submodel of DAYCENT in detail. Then we present comparisons of 
simulated and observed values of N gas emissions to demonstrate the validity of DAYCENT. 
Lastly, we use DAYCENT to compare annual N gas (NOx, N2O and N2) emissions associated 
with different land uses, soil textures, and weather data. 

2. DAYCENT MODEL DESCRIPTION 

DAYCENT (Kelly et al., 2000; Parton et al., 1998; Del Grosso et al., 2001) is the daily 
time step version of the CENTURY model. CENTURY (Parton et al., 1994) operates on a 
monthly time step and was developed to simulate changes in soil organic matter (SOM), plant 
productivity, nutrient availability and other ecosystem parameters in response to changes in 
land management and climate. However, finer time scale resolution is required to simulate N 
gas emissions from soils because the processes that result in N gas fluxes respond nonlinearly 
to important controls such as soil water content. DAYCENT simulates exchanges of carbon, 
nutrients, and trace gases among the atmosphere, soil, and plants as well as events and 
management practices such as fire, grazing, cultivation, and organic matter or fertilizer 
additions. To run DAYCENT for a particular site, soil texture, current and historical land use, 
and daily maximum/minimum temperature and precipitation data are required. Soil water 
content, temperature, mineral N concentration, trace gas flux, and SOM decomposition are 
simulated on a daily time step while plant growth is updated weekly. 
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Figure 1. Conceptual diagram of the DAYCENT ecosystem model, modified form Del Grosso 
etal.(2001). 

DAYCENT (Figure 1) includes submodels for plant productivity, decomposition of dead 
plant material and SOM, soil water and temperature dynamics, and N gas fluxes. Flows of C 
and nutrients are controlled by the amount of C in the various pools, the N concentrations of 
the pools, abiotic temperature/soil water factors, and soil physical properties related to texture. 
Net Primary Productivity (NPP) is a function of nutrient availability, soil water and 
temperature, shading, and vegetation type (Metherell et al., 1993). NPP is divided among 
leafy, woody, and root compartments based on plant type. The root to shoot ratio of NPP 
allocation is a function of soil water content and mineral N availability. The death rate of 
plant compartments is controlled by soil water, temperature, season, and plant specific 



416 

senescence parameters. Structural detritus has a higher C:N ratio and is more difficult to 
decompose than metabolic detritus. SOM is divided into three pools based on decomposition 
rates (Parton et al, 1993; 1994). Decomposed detrital material that has a low C:N ratio flows 
to the active SOM pool, which includes microbial biomass and the highly labile by-products 
of decomposition that turnover in approximately 1 year or less. The products of detrital 
decomposition that have a wider C:N ratio flow to the slow SOM pool, which includes the 
relatively resistant (10-50 year turnover rate) by-products of decomposition. The passive 
SOM pool consists of humus that is extremely resistant to further decomposition. As soils 
become finer textured a lower portion of SOM is respired as CO2 and more SOM is retained 
in stable form due to physical and chemical protection. Decomposition of SOM and external 
nutrient additions supply the nutrient pool, which is available for plant growth and microbial 
processes that result in trace gas fluxes. Ammonium (NH/) is modeled for the top 15 cm 
while nitrate (NO3") is distributed throughout the soil profile. Nutrients and SOM are 
concentrated near the soil surface and decrease exponentially with depth. The land surface 
submodel of DAYCENT simulates water flow through the plant canopy, litter and soil profile, 
as well as soil temperature throughout the profile (Parton et al., 1998; Eitzinger et al., in 
press). DAYCENT has been shown to reliably model soil water content, N mineralization, 
and NPP for a shortgrass steppe in Colorado (Kelly et al., 2000). The SOM and N cycling 
submodels used in DAYCENT have been validated for various systems including grasslands 
and forests (Kelly et al., 1997), as well as agricultural soils in Sweden (Pausfian et al., 1992) 
and Oregon (Parton and Rasmussen, 1994). 

HzOsoil, Tsoil 

M ^ ^ 4 ^NitrificationX 

iralization j ^ \ Z\^^ 

VTexturcpR k j ^ ^ . lYPPT w 
i^Nitrification ^ I ̂  g^^nit | A ^ ' ^ 

D/D, 

^ ^ = control 
Italics = process 
N gas„i, = N gas flux from nitrification 
N gasjen = N gas flux from denitrification 
D/D„ = index of gas difiusivity in soil 
PPT = precipitation 
C = labile carbon 

Figure 2. The nitrogen gas flux submodel of DAYCENT, modified from Del Grosso et. al. 
(2001). 

The N gas submodel of DAYCENT (Figure 2) simulates soil N2O and NOx gas emissions 
from nitrification and denitrification as well as N2 emissions from denitrification. Nitrifying 
microbes oxidize NH4'̂  to NO3", with some N2O and NOx released during the intermediate 
steps. N gas flux from nitrification is assumed to be a function of soil NH4'̂  concentration, 
water content, temperature, and pH (Parton et al., 1996; Paron et al, in press). Nitrification 
rates increase linearly with soil NH4^ concentration. Nitrification is limited by moisture stress 
on biological activity when soil water-filled pore space (WFPS = % relative saturation) is too 
low and by O2 availability when WFPS is too high. Nitrification increases exponentially with 
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temperature and stabilizes when soil temperature exceeds the site specific average high 
temperature for the warmest month of the year. Nitrification is not limited when pH is greater 
than neutral but decreases exponentially as soils become acidic. 

Denitrification is an anaerobic process in which heterotrophic microbes reduce NO3" to 
NOx, N2O, and N2. Denitrification is a function of soil NOs" (e" acceptor) concentration, labile 
C (e" donor) availability, WFPS, and soil physical properties related to texture that influence 
gas diffusivity (Parton et al., 1996; Del Grosso et al., 2000a). Denitrification increases 
exponentially with increasing soil NOs' concentration when NOs' concentration is low (< 50 
ppm) and approximately linearly at higher NOs' levels. Denitrification increases 
approximately linearly with soil heterotrophic respiration, a proxy for labile C availability. 
No denitrification is assumed to occur until WFPS values exceed 50-60%, then denitrification 
increases exponentially until WFPS reaches 70-80% and it stabilizes as soil water content 
approaches saturation. The model calculates N2 + N2O emissions from denitrification by 
assuming that the process is controlled by the input (NO3", respiration, WFPS) that is most 
limiting. N2O emissions are calculated from N2 + N2O gas emissions and an N2:N20 ratio 
function. The ratio of N2:N20 gases emitted due to denitrification is assumed to increase as 
the ratio of e" acceptor (NO3') to e" donor (labile C) decreases and as soil gas diffusivity and 
O2 availability decrease. N2O can act as an alternative e" acceptor and be reduced to N2 when 
labile C is in excess compared to NO3". D/Do, a relative index of gas diffusivity in soils, is 
calculated as a function of WFPS and soil physical properties (bulk density and field capacity) 
that influence gas diffusion rates using equations presented by Potter et al. (1996). As D/Do 
decreases, the residence time of N2O in soil increases, thus increasing the probability that N2O 
will be further reduced to N2 before diffusing from the soil. 

NOx emissions from soil are a function of total N2O emissions, a N0x/N20 ratio equation, 
and a precipitation initiated pulse multiplier (Parton et al., submitted). Simulated N2O gas 
emissions from nitrification and denitrification are summed to obtain total N2O flux. The 
N0x/N20 ratio is high (maximum of -20) when D/Do is high and decreases to a minimum of 
~1 as D/Do decreases. This is based on the following observations. The majority of NOx 
emissions from soils are from nitrification because NOx is highly reactive under the reducing 
conditions that facilitate denitrification (Conrad, 1996). Total N gas flux is due primarily to 
nitrification when soils are well aerated (high D/Do) and mainly to denitrification under 
anaerobic conditions (Davidson, 1993; Linn and Doran, 1984). Thus, the model assumes that 
NOx becomes a larger proportion of total N gas emissions as soil gas diffusivity increases. 
The modeled total N2O emission rate is multiplied by the ratio function to obtain a base NOx 
emission rate. The base NOx emission rate may be modified by a pulse multiplier. Large 
pulses of NOx are often initiated when precipitation falls on soils that were previously dry 
(Smart et al., 1999; Martin et al., 1998; Hutchinson et al., 1993). The pulses are thought to be 
related to substrate accumulation and activation of water stressed bacteria upon wetting 
(Davidson, 1992). To account for these pulses the model incorporates the pulse multiplier 
submodel described by Yienger and Levy (1995). The magnitude of the multiplier is 
proportional to the amount of precipitation and the number of days since the latest 
precipitation event, with a maximum multiplier of 15. 

On a daily time step simulated values of soil NH/, N03", heterotrophic CO2 respiration, 
water content, temperature and site specific values for soil texture and physical properties are 
used to calculate N2O emissions from nitrification and denitrification and N2 emissions from 
denitrification. Total N2O emissions, a N0x/N20 ratio function, and a pulse multiplier are 
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used to calculate NOx emissions. N balance is verified on a daily basis and calculated 
potential N gas emission rates are revised downwards if there is not enough NO3' and NH4'̂  
available to supply the potential N gas emissions for a particular time step. 

3. DAYCENT MODEL VALIDATION 

We first summarize results of previous tests of the DAYCENT model for various natural 
and managed systems then present results of tests with an updated version of the model on 
soils used for winter wheat/fallow cropping. Frolking et al. (1998) compared simulated and 
observed values of soil water content, mineral N, and N2O emissions for soils in Colorado, 
Scotland, and Germany. The Colorado site is a dry shortgrass steppe (annual ppt. -360 mm), 
the Scotland site is a fairly moist ryegrass pasture (annual ppt. -850 mm), and the German 
sites are perennially cropped (annual ppt. -830 mm). DAYCENT correctly simulated the 
observed low N2O fluxes for the shortgrass steppe, the moderate N2O emissions for the 
Scotland site and the high N2O emissions observed for the cropped soils. DAYCENT also 
simulated the observed daily variability in N2O emission rates and soil water content 
reasonably well for the different sites. Parton et al. (in press) tested DAYCENT simulations 
of soil water content, soil temperature, and N2O and NOx gas emissions from rangeland soils 
of varying texture and fertility levels. DAYCENT simulated soil temperature, WFPS, and 
NOx emissions generally well on daily and seasonal bases, although winter season WFPS 
values were not well represented. DAYCENT did not accurately represent the observed daily 
variability in N2O emissions. However, DAYCENT simulated the observed seasonality of 
N2O emissions fairly well, although winter season N2O emissions tended to be 
underestimated. Del Grosso et al. (2001) tested the ability of DAYCENT to simulate soil 
water, temperature, NH4 ,̂ NO3", and N2O emissions for irrigated, fertilized barley {Hordeum 
vulgare) and com {Zea mays) crops. Similar to the rangeland soils, soil temperature and 
water were generally simulated rather well, but winter season WFPS values were not 
accurately represented by the model. DAYCENT correctly simulated high values of NH4^ 
and NO3" after fertilization in spring and decreasing values during the growing season. 
Simulated values of N2O emissions compared favorably with the data for the com crop, but 
N2O emissions were overestimated for the barley crop. 

The latest version of DAYCENT was tested with N2O gas flux data collected from winter 
wheat/fallow fields during 1992-1995 (Mosier et al., 1997). The fields are on private land in 
northeastem Colorado and had been used for winter wheat/fallow cropping for over 60 years. 
We tested DAYCENT with data from two fields, one (WE) had been planted with winter 
wheat in September of even years and the other (WW) had been planted with winter wheat in 
September of odd years. Both fields are classified as sandy loams and were fertilized with 
sewage sludge during the fallow season starting in 1990. Herbicides were used to control 
weeds and conventional tillage cultivation was used. Figure 3 shows a time series of 
simulated and observed N2O fluxes for each field. The day to day variability in N2O flux is 
very high, but DAYCENT correctly simulated the observed pattems of N2O flux fairly well. 
Although some individual points are greatly over or under estimated, the model correctly 
simulated many of the observed high N2O fluxes associated with snow melt events during the 
spring as well as some of the high N2O fluxes observed during the summer. The model often 
mistimes the large N2O flux events by a few days but this may be at least partially due to 
differences between the precipitation data used to drive the model and the precipitation that 
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Figure 3. Comparison of observed and simulated daily N2O gas emission rates from two fields 
used for winter wheat/fallow rotations (Mosier et al., 1997). 
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Figure 4. Comparison of observed and simulated average annual N2O emissions from the 
Central Plains Experimental Range (Mosier et al., 1996), winter wheat/fallow rotations 
(Mosier et al., 1997), and irrigated barley and com cropping (Mosier et al., 1986). 

fell on the fields. The model was driven with weather data from the Central Plains 
Experimental Range (CPER) which is -20 km from the winter wheat/fallow fields. 
Comparisons of average simulated and observed annual N2O emissions for the winter 
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wheat/fallow fields and soils under alternative land uses that were tested show that the model 
does well in most cases (Figure 4). The barley field was fertilized at the same level as the 
com field and the spring the barley was planted was relatively wet (Mosier et al, 1986) but 
the simulated high N2O emissions due to denitrification episodes were not observed. A 
possible explanation is that growth patterns of the barley affect N availability for microbial 
processes that result in N2O gas emissions. 

Results of tests with many soils show that the DAYCENT model does not always reliably 
simulate the observed daily variability in N2O fluxes but does accurately simulate differences 
in N2O fluxes between different sites and among seasons for a given site. Difficulties in 
modeling soil water content in winter and spring are responsible for some of the errors in 
simulated N2O emission rates. WFPS is an important driver of the processes that control N2O 
emission rates but heterogeneity in snow drifting and snow melting make it difficult to 
simulate soil WFPS during winter and spring. This variability of important model drivers on 
smaller scales than are resolved by the model contributes to the observed model error. The 
ability of DA YCENT to reliably simulate NOx emissions has not been extensively tested but 
Parton et al. (in press) showed that the model represented the observed monthly patterns of 
NOx flux and captured the observed differences in average NOx flux from rangeland soils of 
varying texture and fertility levels. The ability of DA YCENT to simulate N2 emissions has 
not been extensively validated because little field data for N2 emissions exist. However, the 
denitrification submodel reliably modeled (r^=0.47) daily N2+N2O emissions from 
agricultural soils in Pakistan (Del Grosso et al., 2000a). 

4. DAYCENT MODEL APPLICATION 

The effects of land use, soil texture, and precipitation on N gas emissions from soils in the 
U.S. Great Plains were compared using the DAYCENT model. The U.S. Great Plains is a 
semi-arid region with annual precipitation ranging from 300-600 mm. The winter 
wheat/fallow cropping system has been used extensively in the Great Plains because soil 
water stored during the fallow season leads to higher water availability during the cropped 
season. However, this system has led to a 50% decrease in soil organic matter (SOM) after 
30-50 years (Peterson et al., 1998). Alternatives to winter wheat/fallow cropping have been 
proposed which store C in SOM depleted soil and compensate for CO2 gas emissions (Bruce 
et al., 1999; Lai et al., 1998). However, the greenhouse effects of N2O emissions must also be 
included in calculations of net greenhouse gas exchanges between the atmosphere and the soil 
(Del Grosso et al., 2000b; Robertson et al., 2000). NOx budgets are important because NOx 
affects the oxidizing capacity of the troposphere. From an N balance perspective it is 
desirable to account for total N gas (N2O, NOx and N2) emissions from soils. We performed 
DAYCENT simulations and compiled annual N2O, NOx and N2 emissions from soils of 
different texture, moisture, and cropping scenarios. We used weather data from the Central 
Plains Experimental Range (CPER) in northern Colorado (aim. ppt. -350 mm, arm. temp. 
-9.5 °C) to simulate N gas emissions from sandy loam, loam, and clay loam soils used for 
conventional winter wheat/fallow, no till winter wheat/fallow, irrigated com, irrigated silage, 
and native range grass. Weather data from Sterling, Colorado (arm. ppt. -400 mm, ann. temp. 
-9.7 °C) were used to compare N gas emissions from a loam soil under winter wheat/fallow 
conventional tillage, winter wheat/fallow no till, and winter wheat/com/fallow rotations under 
no till. Land use alternatives are summarized in Table 1. 
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Table 1. Land management practices simulated by DAYCENT 

crop/vegetation 
wwf-ct 
wwf-nt 
com 
sil 
rg 

wwf-ct 
wwf-nt 
wwcf-nt 

N addition 
(gN m-
2.5 
2.5 
10 
6.25"̂  
0 

2.5 
2.5 
3.3 

^yr-') 

CPER weather 
month(s) of N 
addition 
9,4 
9,4 
5,7 
12 

Sterling weather 
9,4 
9,4 
9W4W3C 

irrigation 
no 
no 
yes 
yes 
no 

no 
no 
no 

tillage 
conventional 
no till 
conventional 
conventional 
none 

conventional 
no till 
no till 

wwf-ct = winter wheat/fallow rotations, conventional till 
wwf-nt = winter wheat/fallow rotations, no till 
com = perennial com cropping, conventional till 
sil = perennial silage cropping, conventional till 
rg = native range grass, grazed from April-November 
wwcf-nt = winter wheat/com/fallow rotations, no till 
"̂  = N from manure, all others from ammonium nitrate fertilizer 
^ = fertilizer application for winter wheat years 
^ = fertilizer application for com year 

Winter wheat/fallow rotations were simulated by planting in September, harvesting the 
following July, and leaving the field fallow from August of the harvest year through August 
of the following year. Com and silage were planted in May and harvested in September. To 
simulate winter wheat/com/fallow rotations, winter wheat was planted in September of the 1̂^ 
year and harvested the following July. The field was left fallow until the following year when 
dryland com was planted in May and harvested in October. The field was left fallow after the 
com harvest until winter wheat was planted again the following September. 

Before simulating the different land use scenarios, SOM and mineral N (NH4'̂ , NOa") pools 
were initialized for the different soils by mnning the model for 75 years of winter 
wheat/fallow cropping under conventional tillage using the respective weather files and soil 
parameters. The various land use scenarios were simulated for 50 years and average annual 
N2O, NOx and N2 emission rates were calculated. 

To illustrate the inter-annual variability in N gas emissions. Figure 5 shows 15-year time 
series of NOx and N2O emissions for the three management alternatives along with 
precipitation data from the Sterling weather file. The winter wheat/fallow rotations had high 
N gas emissions during the fallow year and low emissions during the planted year. The no till 
winter wheat/fallow option had the highest NOx and N2O emissions during most years but 
some years show emissions from the other two scenarios that equal or exceed those from the 
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no till winter wheat/fallow. The 3-year winter wheat/com/fallow rotation is less variable 
because fallow periods during the summer months are reduced. In addition to the timing of 
crop/fallow seasons, variability is driven by interactions involving the timing of planting, 
harvesting, tillage, N addition and climate patterns. 1990 had very high N gas emissions from 
the winter wheat/fallow no till because it was fallow during the summer of that year and 
precipitation was high. The emissions for the winter wheat/com/fallow alternative were low 

3) 1 5 ^ Annual NO^ Emissions 
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wwcf-nt 
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50 J 
40 J 
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Figure 5. Simulated annual NOx (a) and N2O (b) gas emissions and precipitation data (c) from 
Sterling, CO. 

in 1990 because com was growing during the summer of that year so less N was available for 
nitrification and denitrification. To isolate the effects of land use, soil texture, and 
precipitation, we averaged N gas emissions from 50-year simulations of each scenario. 
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Average annual N gas emission rates for the sandy loam, loam, and clay loam soils driven 
with the CPER weather data were highest for the irrigated com and lowest for the native 
range grass (Figure 6a). NOx emissions were strongly affected by texture with decreasing 
sand content associated with decreasing NOx emissions (Figure 6b). N2O emissions were 
highest for the com, lowest for the range grass, and increased as sand content decreased 
(Figure 6c). N2 emissions were highest for the com and tended to increase as sand content 

com \Awf- wwf- sil rg 
ct nt 

com wwf- wwf- sil rg 
ct nt 

Figure 6. Simulated average annual N GAS (a), NOx (b), N2O (c), and N2 (d) emissions and 
N0x/N20 (e) and N2/N2O (f) ratios for soils driven with weather data from the CPER. 
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decreased (Figure 6d). The majority of total N gas emissions from soil were in the form of 
NOx. N2O emissions were responsible for 2 to 21% of the total N gas fluxes. N2 emissions 
represented a low proportion of the total N gas emissions in most cases (0.1-11%) and were 
highest for the com grown in clay loam soil (Figure 6d). We must point out that these results 
are based on calculations of soil N gas emissions and that ecosystem losses of N due to NOx 
emissions are likely to be much lower because 50% or more of soil NOx emissions may be 
absorbed by the plant canopy (Yienger and Levy, 1995). 

Figures 6e and 6f show the ratios of N0x/N20 and N2/N2O gases emitted for the various 
scenarios considered. Average N0x/N20 ratios were always greater than one and decreased as 
soil texture became finer. Finer soil texture is associated with lower gas diffusivity and higher 
water retention which favor the anaerobic conditions that facilitate reduction of NOx to N2O. 
The ratio of N2/N2O gases emitted was always less than one for the simulations performed. It 
should be noted that the ratio of N2/N2O gases emitted from denitrification is usually greater 
than one but figures 6e and 6f include N2O fluxes from nitrification and denitrification. The 
ratio of N2/N2O gases tended to increase as clay content increased because the anoxic 
conditions that favor the reduction of N2O to N2 are more prevalent in finer textured soils. 

The com had the highest N gas emissions because it was fertilized and irrigated. 
Fertilization supplies labile N and irrigation leads to higher soil water contents so 
denitrification rates increase. The silage was irrigated to the same extent as the com but had 
lower emissions because it was amended with manure instead of ammonium nitrate fertilizer 
and total N applied to the silage was less than the com (Table 1). N associated with manure 
addition is mineralized relatively slowly so less is available for nitrification and denitrification 
than with fertilizer addition. In all cases except for the irrigated com grown in the clay loam 
soil, nitrification was responsible for the majority of total N2O fluxes. The majority of total 
fluxes being in the form of NOx and the small N2 emissions also resulted from nitrificafion 
being a more important agent of N gas loss than denitrification for most of the scenarios 
considered. The relatively high N2 loss associated with the irrigated com grown in clay loam 
results from denitrification being responsible for a the majority of the total N gas flux under 
this scenario. NOx, N2O, and N2 emissions were not sensitive to no till versus conventional till 
for winter wheat/fallow cropping simulated with the CPER weather data. 

The loam soil driven with weather data from Sterling, Colorado had the highest N gas, 
NOx and N2O emissions for the winter wheat/fallow no till treatment and lowest N gas, NOx 
and N2O emissions for the winter wheat/com/fallow no till rotations (Figures 7a-7c). N2 
emissions were highest for the winter wheat/fallow no till rotations and roughly equivalent for 
the other two opfions (Figure 7d). N2 emissions contributed less then 3% of the total N gas 
emissions for each scenario considered with the Sterling weather, indicating that a higher 
proportion of N gas flux was due to nitrification compared to denitrification. The higher N2O 
and N2 gas emissions for the no till winter wheat/fallow compared to the conventional till 
winter wheat/fallow is a result of higher denitrification rates in the no till treatment. No till 
conserves soil moisture which favors the anaerobic conditions that facilitate denitrification. 
The N0x/N20 ratio was lowest for the no till winter wheat/fallow (Figure 7e) while the 
N2/N2O rafio was highest for this option (Figure If). Both of these observafions suggest that 
denitrification, while responsible for a minority of total N gas emissions for these simulations, 
is relatively more important for the no till winter wheat/fallow system. This is a result of 
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higher water levels associated with no till leading to anaerobic conditions that favor the 
reduction of NOx to N2O and of N2O to N2. 

More N fertilizer was added with the winter wheat/com/fallow rotations but total N gas 
emissions were less (Figure 7a). At least two factors besides N additions regulate N gas 
emissions. First, there is a decrease in the number of fallow months, particularly during the 
summer, in the 3-year (wwcf-nt) compared to the 2-year rotations (wwf-ct). When the soil is 
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Figure 7. Simulated average annual N gas (a), NOx (b), N2O (c), and N2 (d) emissions and 
N0x/N20 (e) and N2/N2O (f) ratios for a loam soil driven with weather data from Sterling, CO. 

fallow there is no plant uptake of N so more N is available for microbial processes 
(nitrification and denitrification) that result in N gas emissions. Second, the 3-year rotation 
leads to an increase in SOM while SOM levels are stable with the conventional winter 



426 

wheat/fallow system. When SOM is increasing, N availability for processes that result in N 
gas loss is likely to decrease. The major benefit of the no till system is that it conserves soil 
water so the fallow period can be reduced without risk of soil water levels dropping too low to 
support successful cropping. Independent of other factors, no till may induce higher N gas 
emissions because higher soil water levels in these systems, which tend to be water limited, 
can facilitate denitrification. The decrease in N gas emissions from reducing the fallow period 
and from increasing SOM more than compensates for the increase associated with no till, 
therefore the 3-year no till rotation has lower emissions than the 2-year conventional till 
rotation. 

Comparison of the winter wheat/fallow conventional till and no till options for simulations 
of the loam soil driven by the CPER weather versus the same options driven by the Sterling 
weather (Figure 8) shows that N2O and N2 emissions were higher for the wetter (Sterling) 
simulations and NOx emissions were higher for the CPER simulations. Both of these result 
from higher soil water levels leading to higher denitrification rates and lower nitrification rates 
in the Sterling soil compared to the drier CPER soil. The winter wheat/fallow rotations were 
sensitive to tillage type with the Sterling weather but not with the CPER weather. This is a 
result of interactions with climate. Average annual precipitation is somewhat higher in Sterling 
(-40 vs. -35 cm). The higher precipitation coupled with the effects of no till on soil moisture 
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Figure 8. Comparison of simulated average annual N gas (a), NOx (b), N2O (c), and N2 (d) 
emissions for a loam soil driven with weather data from Sterling, CO and the CPER. 
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induce denitrification episodes. The effects of a moderate increase in precipitation or of no till 
cultivation in isolation had little effect on N gas fluxes from the winter wheat/fallow system. 
But the interaction of these two factors led to increased N2O emissions because the response of 
denitrification to soil water content is highly non-linear (Del Grosso et al., 2000a). 

5. SUMMARY AND CONCLUSIONS 

We have described the DAYCENT ecosystem model and shown that annual N2O emissions 
can be reliably simulated for some native and managed systems. The model was used to 
explore how N gas emissions respond to changes in land management, soil texture, and 
precipitation. Initial values for soil organic C and mineral N levels of the various pools 
simulated by DAYCENT were obtained by assuming 75 years of winter wheat/fallow 
cropping. The winter wheat/fallow system has been a common practice in the arid Great Plains 
but it results in the depletion of SOM. As expected, total N gas and N2O emissions were 
higher from fertilized dryland winter wheat/fallow and winter wheat/com/fallow rotations than 
native range grass. The highest total N gas and N2O emissions were from the irrigated 
perennially cropped com which had higher levels of N inputs than the dryland cropping. The 
silage option had N gas emissions similar to the winter wheat/fallow scenarios even though the 
silage had higher levels of N addition and was irrigated. This can be explained by two factors. 
First, the silage was amended with manure instead of N fertilizer so a smaller proportion of the 
applied N was available for nitrification and denitrification. Second, conversion to the silage 
option resulted in increasing SOM while SOM levels were stable with the winter wheat/fallow 
systems. 

Soil texture had significant effects on total N gas emissions and the relative proportions of 
the N gas species emitted. NOx and total N gas emissions tended to decrease as soils became 
finer textured while N2O and N2 emissions tended to increase (Figure 6). This is related to the 
effects of soil texture on gas diffusivity. As soil texture becomes finer water retention tends to 
increase and gas diffusivity tends to decrease. These conditions contribute to soil anoxia and 
increase the probability that N oxides produced from nitrification and denitrification will be 
reduced to N2O or N2 before emission from the soil. Simulated denitrification rates are 
insensitive to soil texture for loam and coarser textured soils but increased substantially in clay 
loam and finer textured soils. Total N gas losses decreased as soil texture became finer 
because NOx emissions decreased and NOx emissions formed the majority of N gas fluxes. 
From a greenhouse gas perspective, fine textured soils are expected to emit more N2O, but 
from an N balance perspective, fine textured soils are expected to show smaller total N gas 
losses from the system. 

Simulations show that N gas fluxes from soils respond nonlinearly to controls and that 
interactions among controls are important. Using the CPER weather, tillage type for winter 
wheat/fallow rotations had little effect on N gas emissions. But with the wetter Sterling data, 
the no till winter wheat fallow had somewhat higher N2O and slightly higher NOx emissions. It 
is also necessary to consider the interactions between the C and N cycles. Soils that are 
gaining C will show lower N gas emissions under a given land use than soils that are C 
saturated. The simulated clay loam soil showed lower total N gas losses because finer 
textured soils that are C depleted have a higher potential to store C than coarser textured soils. 
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We conclude that mitigation of N gas losses from soils is strongly dependent on land 
management but that generalizations based solely on soil N and water inputs are likely to be 
limited because soil texture, SOM levels, and the timing of cropping/fallow seasons are also 
important. 
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Chapter 17. Remediation of Drinking Water for Rural Populations 

W. J. Hunter 

Soil-Plant Nutrient Research Unit, USDA-ARS, P. O. Box E, Fort Collins, CO 80521 USA 

Nitrate is the most common nitrogen contaminant in raw water supplies. In rural areas 
agricultural activities that involve the use of fertilizers and animal manures are major sources of 
nitrate contamination. Several processes are currently available that can effectively remove 
nitrate from raw water. Systems that are suitable for small rural communities include reverse 
osmosis, ion exchange, and electrodialysis. However, all of these systems move nitrate from raw 
water and concentrate it in a reject water or brine. Disposal of the reject water can be a major 
expense as well as an environmental issue. Several emerging systems are under development 
that convert nitrate to harmless nitrogen gas. These include biological denitrification systems 
and catalytic systems. The ability of these systems to convert the nitrate to nitrogen gas is a 
major advantage 

1. INTRODUCTION 

Ammonia and nitrite can cause water quality problems but it is nitrate that is most often 
associated with the contamination of drinking water. Nitrate in rural drinking water supplies is a 
common and growing world-wide water-quality problem. Natural sources of nitrate can 
contaminate groundwater sources (Edmunds and Gaye, 1997) but nitrate-N concentrations that 
exceed 2 - 3 mg L"' usually indicate that the source is anthropogenic (Foster et al., 1982; Kross et 
al., 1993; Mueller et al., 1995). Contamination can result from a number of commercial 
activities (Table 1) but it is the contribution by fertilizers that has been especially important in 
rural areas. Since 1950 the use of nitrogen fertilizers has increased sharply in most countries due 
to the expansion of intensive crop production, and contamination of groundwater supplies 
continues to increase as nitrates derived from animal wastes or fertilizers deposited years ago 
migrate slowly downward through the overlying soils to the aquifer (Gormly and Spalding, 1979; 
Hiscock et al., 1991; Spalding and Exner, 1993; Green and Shelef, 1994; Hamilton and Helsel, 
1995), or migrates slowly within the aquifer (Hallberg, 1989). In Germany water samples 
containing 4.5 to 11.3 mg L' nitrate-N have shown a steady increase through most of the 
century, rising from 2% of samples in 1915 to 21 % of samples in 1975 and to 23 % of samples in 
1989 (Piotrowski and Kraemer, 1998). In England the number of groundwater sites with nitrate 
levels that exceeded the European drinking water standard increased three fold between 1970 and 
1990, and in sections of Denmark and the Netherlands nitrate in groundwater samples has 
increased at an armual rate of 0.04 to 0.29 jxg nitrate-N L' (Green and Shelef, 1994). 

In Europe the greatest problems occur in the northwest (Schrama, 1998) in Belgium, 
Denmark, Germany, and the Netherlands. Models indicate that soil concentrations of nitrate are 



434 

Table 1 
Releases of nitrate and nitrite to land and water in 1991 through 1993 by commercial activities 
(USEPA, 1999). 

Major industry Nitrate and nitrite 

Metric tonnes 

N-fertilizers 22,766 

Industrial inorganics 15,326 

Metal ores 2,615 

Industrial 2,309 

sufficiently high that groundwaters in major parts of these countries are likely to exceed the 
European drinking water standard, while in France, Italy, and England problems are likely to be 
more localized (O'Tool, 1998). In rural areas of the United States, where groundwater is the 
main source of drinking water, it was estimated in 1993 that 2.4% of rural domestic wells exceed 
the US drinking water standard for nitrate (Benjamin and Belluck, 1994). The problem however 
is much greater than the national figure suggests because nitrate contamination problems tend to 
be localized. Drinking water problems, though clearly not limited to that portion of the country, 
are of greatest concern in the Great Plains (Spalding and Exner, 1993; Nolan et al., 1998). 
Hamilton and Helsel (1995) surveyed five regions in the US and found that in central and 
western Connecticut, 12%; in south-central Kansas, 17%; in Long Island NY, 27%; in the 
Delmarva Peninsula of Delaware and Maryland, 33%; and in the high plains of Nebraska, 46% of 
well water samples collected were above the US standard for nitrate in drinking water. In Iowa 
18% and in Kansas 28%o of private drinking water wells exceeded the drinking water standard 
(Kross et al., 1993). A northeastern Colorado survey found that 70% of sampled wells exceeded 
the US drinking water standard (Schuff, 1992; Wylie et al., 1994; Wylie et al., 1995). Nitrate 
contamination of drinking water supplies coupled with the difficulty of removing nitrate from 
water has forced a number of rural communities to abandon their wells and seek cleaner sources 
of drinking water (Schuff, 1992; Spalding and Exner, 1993). Nitrate in water causes the 
abandonment of more drinking water sources than does contamination by toxic chemicals 
(OTool, 1998). 

Ingestion of nitrate is a concern because of the effects that nitrite can have on human health 
(National Academy of Sciences, 1978; Train, 1979; Kross et al., 1993). Nitrate is not very toxic, 
but its presence in drinking water is a health concern because nitrate can be transformed to nitrite 
following ingestion. In unweaned infants this transformation of nitrate to nitrite occurs more 
readily than in older children or adults, and nitrate ingestion can cause methemoglobinemia or 
blue-baby syndrome, a condition where nitrite binds to hemoglobin. Its presence interferes with 
the binding of oxygen to hemoglobin and reduces the amount of oxygen that can be transported 
by the blood (Train, 1979). Methemoglobinemia is intensified by intestinal infections and most 
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cases have occurred with rural water supplies of bad bacteriological quality where nitrate-N 
concentrations exceeded -22 mg L''. The condition is rare in properly disinfected water systems 
with nitrate-N concentrations below -22 mg L"' (CroU, 1994). In adults, it has been suggested 
that nitrosamines may form following nitrate ingestion (National Academy of Sciences, 1978) 
and animal studies have shown that nitrosamines are potent carcinogens. Theoretically, nitrite 
might react with amines in the intestine to form nitrosamines, though intestinal conditions do not 
favor the reaction (CroU, 1994). A number of studies have investigated the relationship between 
nitrate in drinking water and stomach cancer but results have been conflicting with some studies 
finding a correlation and others failing to find any correlation (Croll, 1994). Nitrate in water may 
indicate other water quality problems. If the nitrate is coming from human or animal wastes then 
microbial contamination may also be a concern. 

In the United States the USEPA (1973) recommends that water used for human consumption 
contain no more than 10 mg L"' nitrate-N and in Canada (Liem et al., 1996) the recommended 
guideline is 45 mg L"̂  as nitrate (~10 mg L"' nitrate-N). In Europe the guideline is that drinking 
water should never exceed 50 mg L'̂  as nitrate (11.3 mg L'̂  nitrate-N). The World Health 
Organization recommends 50 mg L' nitrate as the maximum long-term exposure though, under 
its guidelines, short term exposure to amounts in excess of 50 mg L"̂  as nitrate are acceptable 
(Croll, 1994). The National Academy of Sciences-National Research Council (Bruning-Fan and 
Kaneene, 1993) recommends that drinking water supplied to farm animals contain no more than 
100 mgL"'nitrate-N. 

2. CURRENT PROCESSES 

At the present time methods for removing nitrate from drinking water include reverse 
osmosis, electrodialysis, ion exchange, and distillation. Carbon adsorption filters, mechanical 
filters of various types, and standard water softeners do not remove nitrate-nitrogen. 

2.1 Reverse osmosis 
This process, as the name implies, is the reverse of osmosis. With reverse osmosis water 

pressure is used to force water through a thin-film composite or cellulose triacetate membrane 
(Harries et al., 1991; Kunz, 1997). In the process water moves from the more concentrated 
solute side of the membrane to the less concentrated solute side of the membrane. The pressure 
used to drive the process must be sufficient to overcome the osmotic pressure; thus, the higher 
the concentration of salts in the supply and reject waters, the higher the water pressure must be to 
operate the system. Higher water pressure also improves the efficiency of the system. Under 
pressure, molecules of water dissolve into the membrane and pass through the membrane to the 
permeate side by the process of diffusion. Dissolved ions, such as salts, that are charged are 
likely to be rejected by the membrane. The larger the particle and the larger the charge the less 
likely that the molecule will pass through the membrane. Contaminants such as nitrate, nitrite, 
ammonia and other salts cannot dissolve into the membrane and remain on the concentrate side 
of the membrane. Uncharged molecules, such as organic contaminants are more likely to pass 
through the membrane. Thus reverse osmosis produces a permeate water with very low inorganic 
mineral content, and a brackish reject concentrate with high inorganic mineral content. Reverse 
osmosis works well with nitrate and nitrite. About 96 to 98% of monovalent and 98 to 99% of 
divalent ions are rejected by the system (Harries et al., 1991). With small home systems about 
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80 to 90% of nitrate is rejected (Kamrin et al., 1991; Olson et al., 1994). Better rejection of 
contaminants is achieved at higher pressures (Kamrin et al., 1991). Calcium can clog a 
reverse-osmosis membrane and systems should not be used with water that contains calcium at 
levels that exceed ~180 mgL"̂  (Harries et al., 1991; Kunz, 1997). Pretreatment of the raw water 
with nanofiltration can reduce the amount of calcium present in the raw water (Bohdziewicz et 
al., 1999). Disposal of the reject water can be a problem with reverse osmosis systems. The 
reject water or brine from systems used to cleanse nitrate from drinking water would contain the 
rejected nitrate and other rejected salts. With community systems, concentration and disposal of 
these rejected salts can represent as much as 60% of the cost of operation of systems such as 
reverse osmosis that use physicochemical processes to separate nitrates from groundwater (Green 
and Shelef, 1994). 

Reverse osmosis can be used for community or home water systems. In terms of water usage 
home systems are inefficient; 1 to 9 liters of water will be rejected by the system for each liter of 
clean water produced (Kamrin et al., 1991; Kunz, 1997). With larger community systems about 
0.33 L of water are rejected for each liter produced (Harries et al., 1991). Water pressure has a 
important impact on water use efficiency (Kamrin et al., 1991). Systems, like those that might 
be used by a small rural community, may require 1,400 kPa of water pressure when used with a 
supply water containing dissolved solids at a concentration of 1,000 mg L' and water pressures 
of up to 10,000 kPa are required for water with a dissolved solids concentration of 35,000 mg L' 
(National Research Council, 1997). Residential systems that produce only 10 to 15 liters of 
water a day for drinking and cooking may operate with as little as 280 kPa of water pressure 
(Kunz, 1997). 

Reverse osmosis units used in homes may fit under a sink or may be installed on top of a 
counter. Such systems produce from 8 to 40 liters of water per day that can be used for drinking 
or cooking (Kamrin et al., 1991; Kunz, 1997). The units usually consist of i) a sediment filter, 
ii) a reverse-osmosis membrane, iii) a small storage tank, and iv) an activated carbon filter. The 
activated carbon filter used with home systems would remove organic contaminants that might 
have passed through the reverse osmosis membrane. The type of membrane that is used in the 
system, thin-film composite or cellulose triacetate, influences water use efficiency. Thin-film 
composite membranes are more efficient than cellulose triacetate membranes but are degraded by 
chlorine (Kamrin et al., 1991; Kunz, 1997). A prefilter can be used to protect the thin-film 
composite membrane from chlorine. 

2.2 Electrodialysis 
This is a water treatment process that produces demineralized water from waters with high salt 
content. The process is suitable for small communities. For this process an electric current is 
used to force ions through a pair of semipermable membranes, removing them from the 
contaminated supply source. The system employs two types of flat sheet membranes that are 
arranged in an alternating pattern; one membrane is permeable to cations and the other is 
permeable to anions. Contaminated water is cleansed of anions and cations as it flows between 
the two membranes (Figure 1). Feed waters supplied to electrodialysis units should have a 
turbidity that is less than 2.0 nephelometric turbidity units. In addition hydrogen sulfide and 
manganese levels should be less than 0.3 mg L"̂  each and free chlorine levels should be less than 
0.5 mg L'̂  (Conlon, 1990). With electrodialysis systems about 70 to 85% of the water that is 
supplied to the system is available for use as low nitrate water (Harries et al., 1991). The other 
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Figure 1. Electrodialysis membrane arrangement. As contaminated supply water flows throug 
the center of the cell, between the two selective membranes, anions (A) such as nitrate and 
nitrite move through the anion permeable membrane toward the anode while cations (C )̂ such 
ammonia move through the cation permeable membrane toward the cathode. Water with greatl 
reduced ionic content exits from the center cell. Contaminated reject waters concentrate in the 
left and right cells. 

15 to 30% of the water will contain high levels of nitrate and other ions that present disposal 
problems similar to those noted for reverse osmosis. Unlike water from reverse osmosis systems, 
water cleansed by an electrodialy sis system does not pass through a membrane. Thus 
microorganisms and suspended particles will not be removed during the electrodialysis step and 
another means of filtration must be provided to remove these water contaminants. 

A similar process, electrodialysis reversal, periodically reverses the polarity of the electrodes 
reversing the movement of the ions. During the polarity reversal an automatic valving 
arrangement reverses the water flow in order to prevent the mixing of cleansed and contaminated 
waters. The reversal reduces the buildup of deposits on the membranes and prolongs membrane 
life. Accumulation of deposits that can foul the membranes are a problem with electrodialysis 
systems (Osmonics, 1992; National Research Council, 1997). 

2.3 Ion exchange 
Ion exchange can be used to supply nitrate-free water to households, animal operations, or 
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communities. For this process charged beads are used to remove ionic contaminants from 
flowing water. There are two basic types of beads. Anion exchange beads are made from resins 
that have positive charges and cation exchange beads from resins that have a negative charge. 
Nitrate and nitrite, which have a negative ionic charge, will bind to the positively charged sites 
on the anion exchange beads. Thus water flowing through a bed composed of anion exchange 
beads would be cleansed of nitrate, nitrite and other negatively charged ions. Ammonia, which 
carries a positive ionic charge, will not bind to an anion exchange bead but will bind to the 
negatively charged sites on a cationic exchange beads. Thus a cation exchange bed would be 
required to remove ammonia and other positively charge ions from water. Water that is nearly 
free of both anions and cations can be produced by flowing water sequentially through both types 
of exchange beds or by flowing water through a mixed bed reactor, a reactor that contains both 
anionic and cationic exchange beads. 

Ion exchange reactors stop removing ions and must be regenerated when most of the charged 
sites on the beads become occupied. With anion exchange beads, hydroxide ions from a sodium 
hydroxide solution or chloride ions from a sodium chloride solution are used to displace the 
bound anions. With cation exchange beads, regeneration involves the use of protons from an 
acid solution or sodium or potassium ions. The waste solution produced during regeneration will 
contain used regenerate solution and high concentrations of the ions that were removed from the 
water. It is more difficult to dispose of ion exchange brine than to dispose of reverse osmosis or 
electrodialysis reject water because of the counterions that are added during the ion exchange 
regeneration process (Cevaal et al., 1995). Disposal of the waste solution produced during 
regeneration can be a difficult and costly process (Croll, 1994; Green and Shelef, 1994; National 
Research Council, 1997). 

During operation, water use efficiency with ion exchange reactors is almost 100%. Ion 
exchange units have no reject water; all of the water that enters an ion exchange reactor becomes 
treated water. The only losses that occur are during the regeneration process and the volume 
used here would represent 0.7 to 2% of the volume of treated water (Green and Shelef, 1994). 

2.4 Distillation 
Distillation removes a wide range of contaminants from drinking water. The process cleanses 

raw water of contaminants by heating the water until it turns to steam. The steam is then 
condensed back to water in a condensation coil and purified water is collected in a separate 
vessel. Nonvolatile contaminants that were present in the raw water will remain in the boiler 
vessel and are periodically flushed into the septic or sewer system. The condensed water that 
collects in the second vessel is cleansed of nonvolatile contaminants. The process is an effective 
method for removing inorganic salts such as nitrate and nitrite from water, but this process may 
not remove some volatile organic and inorganic compounds. 

Maintenance of a distillation system involves periodic cleaning of the boiler side of the unit to 
remove contaminants that build up over time. The amount of energy required by the unit and the 
small volume of water produced limits distillation to point-of-use applications such as home use 
or use in some commercial markets. Units may be mounted on the wall or placed on the 
countertop. Distillation removes beneficial minerals from the water and water produced by 
distillation may have a flat taste. The costs of operating a home distillation system may be 
higher than those with some other forms of home treatment systems (Kamrin et al., 1990). 
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2.5 Abandonment and blending 
Abandonment of an existing contaminated drinking water supply is not a form of remediation 

but is an approach that is often used by rural households and communities to obtain drinking 
water that meets the EPA's guidelines for nitrate. With small water systems, such as those that 
are often used in rural areas, abandonment may be less expensive than attempting to remediate a 
contaminated water source (Nugent et al., 1993; National Research Council, 1997). 
Abandonment would include importing water from a distant source as well as the drilling of a 
new well or wells into a less contaminated aquifer. A new well may be drilled into a deeper or 
adjacent aquifer that is less contaminated, or the well may be placed in the same aquifer but 
distant from the source of contamination (i.e. a livestock pen or septic tank). Water from the less 
contaminated well may then be used directly or mixed with contaminated water to produce a 
blended-water that is acceptable for drinking. The use of bottled water purchased from a store 
or from a bottling company may also be considered a form of abandonment. This approach 
might be considered when the primary concern is for a short period of time such as water for 
infant food and drinking. 

3. EMERGING TECHNOLOGIES 

Several technologies are being investigated or proposed as methods for removing nitrate from 
drinking water. These emerging technologies include biological and abiotic denitrification, as 
well as several catalytic approaches. 

3.1 Biological denitrification 
Biological denitrification has been used to remove nitrate from wastewaters for many decades 

and in recent years the idea of using this process to remove nitrate from drinking water has 
gained ground, especially in Europe. Drinking water can be denitrified in above ground 
bioreactors, or in situ while it is still below ground. In situ treatment may be the most 
economical (Streile et al., 1991). Biological denitrification is a microbial respiratory process 
where facultative and anaerobic microorganisms use nitrate, rather than oxygen, as an electron 
acceptor for respiration. Many soil bacteria are able to carry out this process and are likely to do 
so in soils and waters where nitrate and a suitable electron donor (usually a carbon substrate) are 
present but oxygen is limiting. Naturally occurring microbial denitrifiers are ubiquitous in soil 
and water. Facultative microorganisms can use either nitrate or oxygen as an electron acceptor 
for respiration, though if oxygen is available these microorganisms will use the oxygen first. It is 
advantageous to use the oxygen first because oxygen respiration yields about 20% more energy 
than nitrate respiration. Generally, when oxygen is present respiratory denitrification for energy 
generation is inhibited (Carter et al., 1995). The steps involved in respiratory denitrification are: 

NO3" -> NO2" -^ NO -> N2O -^ N2 (1) 

Not all denitrifiers are able to reduce nitrate all the way to nitrogen gas, and nitrite, nitric oxide 
or nitrous oxide may accumulate when pure cultures of these microorganisms are incubated 
under denitrifying conditions (Hiscock et al., 1991). In nature a consortium of microorganisms 
would often be involved in the process and nitrogen gas would normally be the principal end 
product. However, environmental conditions such as nutrients, pH, or electron donor availability 
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Figure 2. Flow diagram of a hypothetical biological denitrification reactor showing the major 
system components. Systems may have more than one bioreactor and components of the 
secondary treatment process may be combined into a single unit. 

may influence the reduction process and may cause intermediates to accumulate. While a 
number of factors affect the denitrification process it is usually the availability of an electron 
donor that limits the rate at which denitrification proceeds, and the addition of a carbon source or 
other electron donor to contaminated water will often stimulate denitrification (Myrold and 
Tiedje, 1985; and others). 

3.2 Ex situ biological reactors 
Above ground bioreactors using biological denitrification may be suitable for community 

water systems in rural areas. A system (Figure 2) would consist of one or more large tanks 
partially filled with a physical support for the denitrifying biomass. These tanks are where the 
denitrification process takes place and they are fed the raw water, carbon substrate, and the 
nutrients needed to drive the process. The effluent water from the tank(s) would contain much 
less nitrate than the influent water but would contain high numbers of bacteria, suspended solids, 
organic matter content, and turbidity. These waters would also be low in dissolved oxygen 
(Dahab and Sirigina, 1994; Hunter and Follett, 1997). These are water quality problems that 
must be corrected before the water can be consumed. Secondary treatment to improve the 
quality of the denitrified water would involve filtration, aeration and disinfection to achieve the 
desired water quality (Roennefahrt, 1986; Dahab and Sirigina, 1994; Green and Shelef, 1994; 
Hunter and Follett, 1997; Silverstein and Carlson, 1999). 

In the US a commercial-sized above ground heterotrophic denitrification reactor was 
constructed in the town of Wiggins in rural eastern Colorado, USA. The system consisted of two 
upflow bioreactors, a single roughing filter that served to both filter and aerate the denitrified 
water, and a slow sand filter. Influent water was pumped into the first bioreactor at a rate of 38 L 
min"̂  and contained -20 mg L' nitrate-N mixed with a high-fructose com syrup (52% fructose 
and 48% glucose) and phosphate. The bioreactors were 2.7 meters high, 0.9 meters in diameter 
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and contained a buoyant (specific gravity = 0.96) and highly porous (94%) cylindrical 
polypropylene support material. Periodic air scour was used to remove excess microbial 
biomass. Effluent from the denitrification bioreactors flowed to a roughing filter that was 2.1 
meters high, 0.8 meters in diameter and contained the same polypropylene support as the 
bioreactors but was operated as a downward flow aerobic reactor. A slow sand filter follows the 
roughing filter. The system was operated for about seven months as a demonstration project and 
yielded an oxygenated (3.8 mg L"̂ ) product water with acceptable turbidity (0.4 NTU), dissolved 
organic carbon (3.1 mg L"'), and nitrate-N (4.3 mg L') content (Silverstein and Carlson, 1999). 

In Europe a number of pilot and demonstration systems have been constructed. The first 
above ground denitrification reactor was installed in France in 1983 with later installations in 
Germany and Italy (Green and Shelef, 1994). Systems have been both fixed bed and fluidized 
bed reactors and have employed a number of different biomass supports. A partial listing of 
systems is presented in Table 2. Carbon compounds such as ethanol, methanol, acetate, 
hydrogen, sulfur, and natural gas have all been used or proposed as substrates for microbial 
denitrification processes (Green and Shelef, 1994; Rajapakse and Scutt, 1999; Houbron et al., 
1999) with phosphate normally added as a nutritional supplement. Problems with the systems 
include a product water that is low in dissolved oxygen and high in bacteria and bacterial 
products. Also, if the system is operated with too much carbon substrate then residual substrate 
may be present in the finished water, but if too little substrate is supplied then nitrite may be 
present. Secondary treatment and disinfection can oxygenate and remove bacteria from the 
finished water. Careful monitoring of the amount of nitrate entering the system and metering of 
the amount of carbon substrate added is required to prevent the presence of carbon substrate and 
nitrite in the finished water. 

Mansell and Schroeder (1999) conducted a series of studies with a membrane reactor that 
should produce a product water that is cleaner than that produced by other primary denitrification 
reactors. In their bench scale reactor a polytetrafluoroethylene membrane with a pore size of 
0.02 microns and porosity of 50% was used to separate the reactor into two sections or flow 
channels (Figure 3). A suspended culture of denitrifying bacteria, from a culture vessel, was 
pumped by one side of the membrane, and the raw water to be denitrified was pumped by the 
other side of the membrane. The pore size of the membrane did not allow the bacteria to enter 
the raw water but nitrate in the raw water was able to flow through the membrane and was 
converted to nitrogen gas by the bacterial suspension. Methanol, the carbon source, and 
phosphate were supplied to the culture vessel. The raw water supplied to the reactor contained 
20 or 30 mg L'̂  nitrate-N and the reactor was able to reduce the nitrate in the water by 41 to 72%. 
The system should produce water with fewer bacteria than other primary biological 
denitrification reactors. 

Laboratory and pilot scale studies suggest that autotrophic denitrification using sulfur, rather 
than an organic carbon substrate, as an electron donor might also be used to remove nitrate from 
pumped groundwater or from surface water. Pumped water would be treated in denitrification 
reactors (Kruithof et al, 1988; Lampe and Zhang, 1997; Flere and Zhang, 1999) but 
contaminated surface water ponds might be treated by adding sulfur and limestone directly to the 
pond (Lampe and Zhang, 1997). The limestone serves as a buffer. One reported advantage of 
this system is the low amount of biomass produced (Lampe and Zhang, 1997; Flere and Zhang, 
1999). The accumulation of microbial biomass can block the flow channels in a denitrification 
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Figure 3. Schematic of a membrane denitrification reactor. Raw water is cleansed of nitrate 
as the water flows by one side of a porous membrane and a suspended culture of denitrifying 
bacteria flows by the other side of the membrane (Mansell and Schroeder, 1999). 

reactor decreasing its ability to remove nitrate. 
Above ground denitrification reactors, because of their high installation costs and complexity 

of operation, are not suitable for home use though such units might be used by small rural 
communities with trained operators. Costs, however, might still be an issue. Green and Shelef 
(1994) compared biological denitrification with ion exchange and concluded that the two had 
similar costs of operation but that the biological denitrification unit was 2 to 3 times more 
expensive to install and more complex to operate. Tannehill et al. (1997) estimated the potential 
cost of removing nitrate from groundwater in six small communities in rural Nebraska and 
concluded that ion exchange would be the most cost-effective method for all six communities. 
Above ground denitrification was estimated to be slightly more expensive than ion exchange at 
the present time though it was suggested that either of these two processes could become the 
best treatment method in the near ftiture. Reverse osmosis, largely because of the cost of 
disposal of the waste brine produced, was predicted to be the most expensive option for all six 
communities. 

3.3 In situ biological denitrification 
Several research and demonstration projects have looked at different approaches and schemes 

to remove nitrate from contaminated groundwater before it is pumped to the surface. It is 
envisioned that some approaches will offer an inexpensive method for removing nitrate from 
contaminated groundwater (Streile et al., 1991; Green and Shelef, 1994). Costs are reduced 
because less equipment and less oversight are needed for these processes. In situ treatment of 
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groundwater, which uses a portion of the aquifer as a denitrification reactor to remove nitrate, 
can also provide a portion of the secondary treatment. Secondary treatment processes, which 
include the removal of organic residues, particulate filtration, oxygenation, and disinfection 
(Dahab and Sirigina, 1994; Hunter and Follett, 1997), can take place in the aquifer (Green and 
Shelef, 1994). 

Denitrification is a natural process that takes place in soils, surface waters and groundwaters. 
Microorganisms capable of removing nitrate from water by denitrification are naturally present 
in soil and water. However, in soils that are below the root zone, the activity of denitrifying 
microorganisms is often severely restricted because of the absence of an appropriate electron 
donor. Most in situ treatment processes involve injecting an electron donor, usually a soluble 
carbon source, into the contaminated aquifer. 

One approach simply involves the use of a single recharge well for the injection of a carbon 
substrate and a single pumping well to extract the denitrified water. This approach was used to 
remove nitrate from a gravel aquifer in the Netherlands. Groundwater, containing 18.1 mg L'̂  
nitrate-N, was pumped from the ground at a rate of 33 m̂  h"', mixed with methanol (49 mg L') 
and injected back into the aquifer at a rate of 20 m̂  h"̂  for 22 days. During this time the 
nitrate-N content of the water was reduced by 30%, although both an accumulation of nitrite and 
a decrease in the hydraulic conductivity between the two wells was observed (Hiscock et al., 
1991). Another approach involves the use of small-diameter injection wells arranged in a circle 
or daisy-pattern around a large-diameter uptake well. The carbon source, often ethanol, is 
diluted with water from the uptake well and the mixture injected into the aquifer to provide an 
underground denitrification zone within the aquifer. A major portion of the water flowing to the 
uptake well would flow through this area and nitrate in the water would be removed by 
microbial activity as the water passes through this zone. In a study in France about 70% 
(Hamon and Fustec, 1991) and in a study in the US about 16% of the nitrate was removed 
(McMahon et al., 1998) by this process, although aquifer plugging was a major problem in both 
studies. In contrast, Janda et al. (1988) had no problems with aquifer plugging in a fiill-scale 
study in a sand and gravel aquifer. Denatured ethanol was used as the carbon source to remove 
~ 40%) of the nitrate from water containing 22.6 mg L"' nitrate-N during this 141 day study. A 
modification of the daisy-pattern, the "Nitredox" method developed by Braester and Martinell 
(1988), uses a second set of wells arranged in a concentric circle within the outer ring of 
injection wells. The outer wells are used for the injection of the carbon substrate to establish a 
denitrification zone and the wells in the inner circle are used to inject aerated water to establish a 
zone for secondary water treatment and to oxygenate the water. A "Nitredox" system consisting 
of a pumping well, eight oxidation wells at a radius of 10 m, and 16 injection wells at a radius of 
18 m was used to reduce groundwater nitrate-N in a gravel aquifer in Austria from 22.6 to 5.7 
mg L"̂  using methanol as the substrate. No problems with aquifer plugging were reported. 

A simple approach for in situ denitrification involves the use of insoluble substrates to form 
denitrification walls or barriers. The barriers are placed between the source of nitrate 
contamination and the point of uptake (Figure 4). The walls are constructed by digging a trench 
and backfilling it with a mixture of substrate and fine gravel. Thus the substrate is added when 
the wall is constructed and the need for much of the equipment associated with above ground 
denitrification reactors is eliminated. Nitrate is removed via denitrification when contaminated 
water flows through the wall. Sawdust is an inexpensive substrate that has been shown to work 
well in denitrification walls (Robertson and Cherry, 1995; Schipper and Vojvodic-Vukovic, 
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Figure 4. Hypothetical use of a denitrification barrier to remove nitrate from groundwater 
contaminated by farm animals. 

1998; Robertson and Anderson, 1999). Denitrification walls should have a functional life of 
many years. Robertson and Cherry (1995) used a sawdust denitrification wall that contained 2% 
carbon to remove nitrate from a sewage leach field and estimated that it would last the 20 year 
design life of the leach field under the in situ conditions at the site. Blowes et al. (1994) 
estimated that a reactor that contained 5% carbon (as cellulose) might not require additional 
substrate for several decades. A number of organic and inorganic substrates could be used in 
denitrification walls and the best choice might depend on what is locally available. Crop 
residue, newspaper, cotton, sulfur, and innocuous oils have all been shown to support 
denitrification and might be used in denitrification walls (Blowes et al., 1994; Volokita et al., 
1996a; Volokita et al., 1996b; Hunter et al., 1997; Lampe and Zhang, 1997; Flere and Zhang, 
1999). 

A major limitation and expense associated with denitrification walls is the digging and 
backfilling of the trench. The technology exists to dig deep trenches, but the problem is the cost 
associated with the trenches. Shallow trenches can be dug quickly and at relatively low cost but 
deeper trenches are much more difficult to dig and considerably more costly (Gavaskar et al., 
1998). Vegetable oils differ from the other substrates that have been proposed as electron 
donors for denitrification walls in that they are liquids that are immiscible with water. 
Laboratory and pilot scale studies have shown that vegetable oils are a good substrate for 
denitrification and that they can be used to form stationary denitrification walls that are effective 
at removing nitrate from flowing water (Hunter et al., 1997; Hunter, 1999). Denitrifying walls 
containing vegetable oil might be formed by filling trenches with sand coated with oil, as can be 
done with solid substrates, or, it is hypothesized, vegetable oil emulsions might be injected into 
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an aquifer to create a denitrifying wall without the expense associated with digging a trench. In 
situ systems, because of their simplicity, may prove useful in rural areas once the technology is 
fully developed. 

3.4 Abiotic in situ denitrification 
Abiotic processes might also be used in situ to remove nitrate from groundwater. In situ iron 

walls, composed of zero-valent iron mixed with sand or gravel, have been used to remove 
trichloroethene and other chlorinated organic compounds from groundwater. Zero-valent iron is 
a strong reducing agent that can displace the chloride from chlorinated organic compounds via a 
mechanism that is not completely understood. For example, when groundwater contaminated 
with trichloroethene flows through an iron wall, the iron becomes oxidized and the 
trichloroethene becomes dechlorinated to yield ethene and chloride as the primary products 
(Gavaskar et al., 1998). Zero-valent iron can also serve as an election donor to reduce nitrate 
(Szabo and Bartha, 1952; Young et al., 1964; Huang et al., 1998; and others). The mechanism 
may be due to the direct reduction of nitrate by Fe ,̂ or due to its indirect reduction by hydrogen 
derived from a proton (Huang et al., 1998; Chew and Zhang, 1999). For the reaction to proceed 
at a significant rate, the pH must be low (Huang et al., 1998) or hydrogen must be supplied 
(Siantar et al., 1996). Huang et al. (1998) report that pH is a critical factor in the reduction of 
nitrate by zero-valent iron and that significant reduction does not occur at pHs higher than ~5. 
In addition, in their studies, ammonia in nearly stoichiometric amounts was the final 
end-product. 

The production of ammonia and requirement for a low pH would be major drawbacks in the 
use of the iron wall technology for drinking water remediation. However, an enhancement of 
the process that involves the coupling of the zero-valent iron reaction with electrokinetics may 
overcome these drawbacks. Electrokinetics is an electrical process where two electrodes are 
placed in the ground and a low-intensity direct current applied. The applied current causes the 
migration of ionic species in the soil (EPA, 1995) and the generation of H^ ions at the anode. 
Chew and Zhang (1999) conducted laboratory scale studies coupling electrokinetics with an iron 
wall located next to the anode. The system removed 93 to 96% of the nitrate from an artificial 
groundwater contained in a soil/sand column. Nitrogen gases (46-50%) and ammonia (-45%) 
were the principal end-products. They suggest that the reaction to nitrogen gas may proceed 
according to the following equation: 

5Fe' + 2NO3" + 12 H^ -> 5Fe2̂  + N2 + 6H2O (2) 

Considerable refinement of this process would be needed before it could be used to remediate 
drinking water. 

3.5 Catalytic systems 
The two most developed catalytic approaches are one which uses a bimetallic catalyst with 

hydrogen gas as the reducing agent, and one that uses immobilized enzymes with reducing 
power supplied by an electric current. A 5% rhodium on carbon catalyst (Reddy and Lin, 2000) 
has also been evaluated as a means of removing nitrate from water as have photocatalysts (Mori 
et al., 1999). These systems might be well suited for small point-of-use units such as home 
systems, as well as large scale operations. Advantages that these systems offer are the ability to 
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produce water that is free of nitrate but that is not devoid of other beneficial minerals, and the 
ability to remove nitrate from the environment by converting the nitrate to nitrogen gas. 
Catalytic systems would not produce a nitrate-laden wastewater. This is a major advantage that 
these systems have over conventional water treatment processes such as reverse osmosis, 
electrodialysis, and ion exchange that simply separate nitrate from the water stream and produce 
a waste that can be difficult to discard in an economically and environmentally acceptable 
manner. Also, catalytic systems, once frilly developed, may be easier to operate and maintain 
than biological denitrification systems that depend on a living consortium of microorganisms to 
reduce the nitrate. 

Bimetallic catalysts use supported palladium catalysts with copper or tin serving as the 
catalytic promoter and hydrogen as the source of electrons to reduce nitrate to nitrogen gas. The 
reduction of nitrate (NO3) to nitrogen gas (N2) involves its stepwise reduction with nitrite 
(NO2'), nitric oxide (NO), and nitrous oxide (N2O) forming as intermediate products (Wama, et 
al., 1994). Control problems exist with systems based on bimetallic catalysts in that they may 
take the reduction reaction too far and produce ammonium, or may fail to completely reduce the 
nitrate to nitrogen gas and produce nitrite instead (Horold et al., 1993). Both of these products 
are more toxic than nitrate. The rhodium catalyst resembles the bimetallic catalysts in that it 
also requires hydrogen, an electric current, and follows the same reaction path. In studies with 
this catalyst only nitrate and nitrite were monitored. Nitrate was observed to disappear with 
time and nitrite was not detected as a reduction product (Reddy and Lin, 2000). 

UV light, with or without a catalyst, can be used to reduce nitrate. Silver or platinum in 
combination with titanium oxide (Ohtanietal., 1988; Kudoetal., 1987), zinc sulfate (Ranjit et 
al., 1994), and hollandite (Mori, 1999) have been used as photocatalysts to convert nitrate to 
ammonia in the presence of methanol or propanol. Gonzalez and Braun (1996) observed that a 
mixture of nitrate and methanol would react under UV light to yield nitrate, ammonia and 
carbon dioxide. Unfortunately, the final nitrogen product of these systems is ammonia and not 
nitrogen gas. 

Biological catalysts use enzymes immobilized on a matrix that can be packed into small 
reactors or columns to catalyze the reduction of nitrate to nitrogen gas (Holton, 1996). The steps 
and intermediates involved are the same as those given above for respiratory denitrification. 
Three enzymes are involved in the reduction of nitrate to nitrogen gas. These are nitrate 
reductase, nitrite reductase and nitrous oxide reductase. Nitrate reductase reduces nitrate to 
nitrite, nitrite reductase reduces nitrite to nitrous oxide, and nitrous oxide reductase reduces 
nitrous oxide to nitrogen gas. The enzymes are bound to a support matrix and are placed into a 
reactor. The first reactor contains support matrix with bound nitrate reductase and the second 
part of the reactor contains support matrix with bound nitrite reductase and nitrous oxide 
reductase (Figure 5). The two reactors are connected in sequence and as contaminated water 
flows through these reactors nitrate in the water is reduced to nitrite by the first reactor and then 
to nitrogen gas by the second reactor. An electric current provides reducing energy for the 
process (Mellor et al., 1992; Holton, 1996). The system, currently in the development stage, is 
being promoted as a system for home and farm use (Campbell and Campbell, 2000). Problems 
that must be overcome before the system can be marketed include improving the stability of the 
enzymes and reducing the cost of production (Holton, 1996). 
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Figure 5. Schematic of a denitrification reactor that utilized enzymes to reduce nitrate to 
nitrogen gas (Campbell and Campbell, 2000) 

4. CONCLUSIONS 

Reverse osmosis, ion exchange, and distillation can be used in home systems to remove 
nitrate from raw water. Reverse osmosis and distillation are small point-of-use systems that 
provide water for cooking and drinking. With these systems the small volume of reject water 
generated would be flushed to the septic system and would not normally present a disposal 
problem. A more important concern might be the volume of water used by some of the systems. 
Some emerging systems might prove suitable for home or farm use in the future. Biobarriers 
might be used to protect a well from a contaminated aquifer or to protect an aquifer used for 
drinking water from a source of nitrate pollution. Above ground denitrification reactors might 
be used to provide nitrate-free water to rural communities in the not too distant future. 
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Chapter 18. Remediation at the Water Treatment Plant 

L.D. McMullen, P.E., Ph.D. 
CEO and General Manager 
Des Moines Water Works, Des Moines, Iowa 

Communities with elevated levels of nitrate in their source water are faced with the dilemma 
of figuring out how to optimally lower the nitrate level in the drinking water provided to its 
systems in the most cost effective manner. Most systems approach the selection process by 
first studying alternate sources of water; then, physical/chemical systems; and lastly, 
biological systems. 

SELECTION ALTERNATIVES FOR NITRATE REDUCTION 

Alternate Sources of Water - For most cities, establishing alternate supplies of source water 
is the most cost-effective alternative. Generally, nitrates are a problem in surface waters or 
shallow ground waters. If a community drills a new, deeper well, generally, the deeper well 
would produce low nitrate water that could be blended with the higher nitrate water to reduce 
the nitrate below ten milligrams per liter (mg/1). However, there is a drawback in using 
deeper wells for blending. Usually, the deeper the ground water, the more mineralized it 
becomes which may then result in a negative impact on homeowners who have home water 
treatment devices or commercial establishments that have special water quality needs. In 
spite of the potential negativity of dissolved minerals, obtaining source water from a deeper 
well is usually very cost effective. 

A second alternate source of water would be for the community to connect to a regional 
water supply, such as a rural water system, and utilize that water for its citizens. The 
regional connection could be utilized in one of two ways. First, they could abandon their 
existing treatment facility and buy the water totally from a regional supplier, which would 
meet drinking water standards. Or, secondly, if the regional water supply is low enough in 
nitrate, it could be utilized as a blending source with the existing facility's supply to bring the 
nitrate down below the 10 mg/1 standard. 

Physical/chemical processes - Generally, the physical/chemical processes fall into three 
categories - distillation, membrane technology, and ion exchange. 

Distillation has been around for a long, long time and is very effective in removing nitrate, 
however, it is also very expensive. After the water has passed through the distillation 
process, it becomes very aggressive when attempting to pass it through any kind of piping 
system. Aggressive water is corrosive to most metallic piping systems leading to pitting and 
leaks. As a resuh, distillation, if used, is only blended back with part of the undistilled water 
stream in proportionate amount to lower the nitrate level below 10 mg/1. Currently, because 
of its high cost, there are mostly just home-based, or point-of-use, distillation units in service 
and no municipal distillation processes for nitrate removal. 
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Distillers cost from $200 (U.S.) to $1500 (U.S.) for home use models. Counter top distillers 
will range from $200 (U.S.) to $500 (U.S.) and automatic models from $600 (U.S.) to $1500 
(U.S.). In addition to the purchase cost, there are yearly operation costs. These include 
electricity, chemical cleaners, and possibly replacement of activated carbon filters. Yearly 
operation costs depend on how often the distiller is used. An average family of four may 
spend approximately $40 (U.S.) per month in electrical cost for distilled water. ^ 

Membrane technology - This methodology utilizes selective membranes for the removal of 
nitrate and is a very rapidly advancing technology. What seems to be the most promising 
membrane technology is reverse osmosis (R.O.), where membranes are used not only to 
remove nitrate, but other byproducts as well such as pesticides or other organic materials that 
might be present in the water. R.O. treatment produces very high quality water with only a 
few volatile organics still present. However, it also requires a relatively high-energy demand 
because of needing water pressure that is above normal distribution pressure to drive the 
water to be treated through the semi-permeable membrane. Additionally, R.O. has a 
significant reject stream. This reject stream is produced during the cleaning and flushing of 
the membranes. Reject stream volume can reach 30% of the total volume treated. This can 
be a problem in areas where water resources are limited. Several communities have done 
evaluation studies on R.O. for nitrate removal and several small communities have looked at 
it as a way to solve multiple water quality issues. 

Reverse osmosis systems cost approximately $0.55 (U.S.) liter "' to install. The primary 
operating cost component of R.O. is energy. Therefore, its cost effectiveness is contingent 
upon the local community electric rate. R.O. technology trend is towards lower pressure 
membranes, which still have the high reject rate for nitrates. As these new membranes are 
developed, it could result in a significant reduction in the energy costs associated with 
reverse osmosis. The operating cost of R.O. equipment is approximately $0,025 (U.S.) 
liter.-^^^ 

Ion exchange - It is by far the most common physical/chemical technique used in the United 
States for removal of nitrate. In most cases, a strong anion resin with chloride exchange is 
utilized. The systems work very effectively and are relatively inexpensive to operate due to 
the regenerant being sodium chloride or solar salt. Nitrate removal is extremely well suited 
for ion exchange (I. E.) unless there are high concentrations of sulfate in the source water, 
which is normally not the case with surface waters or shallow ground water. I.E. units can 
process large quantities of water with a small amount of regenerant that has to be disposed 
of In some locales, regenerant disposal may become expensive because of its high salt 
content. Sanitary sewer systems may not accept high waste brine and direct discharges to 
streams may not be allowed. In such cases, an evaporative system may be needed for the 
disposal of the regenerant brine. Recycling of brine through the units, can reduce the volume 
of brine, however, the chemical make up of the source water is extremely important in 
determining the appropriateness of recycle. 

* North Dakota State University Extension Service. 
^ Bill Bellamy, Ch2M Hill consulting engineers. 
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Utilities that have installed ion exchange have discovered other advantages with the use of 
strong anion resins. One such advantage is the removal of large chain organic compounds, 
which substantially reduce total organic carbon in the finished water. One precaution with 
anion resins is making sure that any iron or manganese present in the source water is 
removed to prevent resin fouling. Resin is the most expensive component of the treatment 
technique. 

Ion exchange costs approximately $0.10 (U.S.) liter ~̂  installed.^ Operating costs can run 
upward of $0.10 (U.S.) 1000 liter ~\ 

Biological Processes - Biological treatment is extremely effective in removal of nitrate in an 
anaerobic system. The oxygen receptors prefer nitrate, which is then converted to nitrogen 
gas and released to atmosphere. If designed correctly, the process will remove almost 100% 
of the nitrate. However, it may also end up generating some taste and odor problems 
associated with the anaerobic systems. This is especially true if there are significant amounts 
of sulfate in the source water which can be reduced to hydrogen sulfide and give the water a 
rotten egg odor. Additionally, with any biological system, there will be certain metabolic 
byproducts that could also generate taste and odors and/or complicating chlorination 
byproducts once the water is disinfected, if chlorine is used. Furthermore, as with any 
biological system, its success is dependent on keeping the anaerobic organisms in adequate 
numbers to be effective. Sometimes different chemicals, such as, super-saturated oxygen, 
contained in the source water may upset the biological system and fail to reduce the nitrates 
to the level where they should be. Capital cost for biological systems are approximately 
$0.26 (U.S.) liter ~\ with operating cost estimated at $0.08 (U.S.) 1000 liter ~\ ̂  

With all treatment systems, whether biological or physical/chemical, the normal scheme is to 
treat only a side stream of the source water and then to blend that back with the rest of the 
water to the level where it will maintain nitrate below 10 mg/1. 

THE WORLD'S LARGEST NITRATE FACILITY 

In the late 1970's and early 1980's, the nitrate concentration in the source water for Des 
Moines Water Works had risen to a point where it no longer could be blended with shallow 
ground water and still meet the nitrate drinking water standards. On two occasions, once 
each in 1984 and 1991, Des Moines Water Works had to provide public notification of 
violating the drinking water standards to its customer base of approximately 350,000 people. 

In between these years, Des Moines Water Works initiated a study to determine exactly what 
type of treatment would be appropriate for the utility. The result of that study found that ion 
exchange using a strong anion resin was the desired treatment process. That conclusion 
came from an extensive study by the utility's laboratory staff who looked at numerous resins 
and different regenerants to maximize the removal. It was also determined to locate the 
nitrate facility in the treatment stream that was downstream of both the utility's lime 
softening process as well as the sand filters so that a side stream could be routed through ion 
exchange tanks to adequately treat water once it was blended back into the clearwell of the 
treatment plant. See schematic Figure 1 of DM WW's treatment process. It was also intended 
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that the facility would be remotely monitored and operated. The utility's laboratory staff 
studied the chromatographic effect of anion exchange on the other anions and due to the fact 
the process was after a lime softening operation, found that pH was a good indicator of 
potential breakthrough for nitrate. 

The utility then retained a national consulting firm to prepare a preliminary design report 
incorporating the findings of the DMWW's laboratory studies. The report concluded a 37.8 
Ml day "̂  (10 million gallon day ~̂ ) anion exchange treatment process would substantially 
reduce the probability of the utility exceeding the MCL of 10 mg/1 to one day every seven 
years. The study also confirmed that sodium chloride (NaCl) was the preferred regenerant 
and the structure housing the facility could be located on top of the clearwell to save space 
and piping and to facilitate blending. The result is the world's largest nitrate removal facility 
with a capacity of 37.8 Ml day ~^ and consisting of eight resin vessels, expandable to ten. 
Spent brine is diluted with raw source water and discharged to the Raccoon River. See 
Figure 2 showing the positioning of the nitrate facility. 
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The clearwell is a buried concrete structure and the nitrate building is located on top of the 
southeast VA. Figure 3 shows the ion exchange vessels and connecting piping header. A 
detailed view of an ion exchange vessel and header piping is shown in Figure 4. 

The facility went into operation in the spring of 1992 and has been used off and on primarily 
during the spring when nitrate in the source water reaches its peak level. In 1999, Des 
Moines Water Works set an all time record with 109 days that the facility was run to 
maintain the drinking water standard below 10 mg/1. During that same time period, an all 
time record of nitrate concentration in the Raccoon River, the primary source water for Des 
Moines Water Works, was set at 15.9 mg/1. The facility costs roughly $3,000 (U.S.) 'May to 
operate, which includes solar salt costs and the energy costs for the booster pumps to pass 
filtered, pre-chlorinated water through the resin. The cost to construct this facility in 1992 
was approximately $4 million (U.S.). 

FUTURE TREATMENT 

The future industry trends are to continue with the same physical/chemical processes. 
However, a new dimension is underway at least in midwestem states of the USA to control 
nitrogen at the source. The utilities have found that it may be less expensive in the long run 
to provide education as well as apply existing incentive-based government support programs 
in an optimal way to reduce the amount of nitrate in the source water. One such USA 
program is the Conservation Reserve Enhancement Program (CREP). The Conservation 
Reserve Program under the U.S. Department of Agriculture supports the construction of 
buffer strips, which are non-tilled grassy areas isolating agricultural cropland from drainage 
ways. The United States Environmental Protection Agency's (EPA) Clean Water Act 
created the Section 319 Nonpoint Source Management program to support a wide variety of 
technical and financial assistance to states, territories, and Indian Tribes. All of these 
programs are available to water utilities to improve source water. The success of these types 
of programs will totally determine whether additional treatment techniques or other 
approaches may be needed into the future. 
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Abstract 

We discuss social factors of nitrogen management using the farmer as a focal point as a means to 
inform future research. We focus on two critical questions associated with researching nitrogen 
management from the perspective of agricultural producers. Our first question is how does the 
concept of scale help direct a study of the social factors in farmers' nitrogen management 
decisions? And secondly, how does one analyze these salient social dimensions of nitrogen 
management? Social factors that influence farmers arise at multiple and overlapping scales in an 
agro-environmental hierarchy. Management, and therefore mis-management, is a cross-scale 
phenomena, the resultant social process of many different actors and institutions, including but 
not limited to farmers. The issue of studying linkages between the social and biophysical factors 
affecting nitrogen management points to the need for a common area of analysis. We know 
there is significant variation in the nutrient management behaviors of farmers and that this leads 
to a disproportionate influence on ecosystem properties. Examining the role of 
disproportionality will involve linking social to biophysical phenomena at different spatial and 
temporal scales. We present examples of spatial analysis that uses both social and biophysical 
data to describe disproportionality at various spatial scales. We conclude by encouraging further 
research on nitrogen processes that involve both the social and biophysical sciences using 
common analytical techniques. 

1. INTRODUCTION 

Nitrogen management in modem commercial agriculture can best be described as the 
sequential actions taken within a set of farm-system constraints in order to achieve an ecological 
state of "nitrogen saturation" throughout crop production. That is, the objective is to supply the 
system with sufficient nitrogen so that water, genetic resources, non-nitrogen nutrients, or other 
factors become the limiting restrictions on further plant growth. The immobilization of nitrogen 
in the subsurface by soil biota, its capacity for mineralization and nitrification, and its response 
to temperature changes has generated a prevailing management pattern of saturation. For the 
farmer this means applying nitrogen in large amounts to avoid anticipated losses. A diverse set 
of cultural, economic, institutional and technological conditions "drive" this kind of 
management, resuking in a very effective, but inefficient crop production system. Indeed, it is 
effective in the sense that the farmer achieves higher yields; it is inefficient, however. 
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considering the amount of inputs required to compensate for anticipated losses per unit of output 
during this production process. 

If there was uniformity in the behavioral patterns and rationale for pursuing this 
"saturation" management style, as well as uniformity in the biophysical vulnerability to these 
management styles, then our task as scientists would be easy. Unfortunately (or fortunately in 
terms of providing continuing intellectual challenge), this is not the case. There is as much 
diversity and variation in the social dimensions of farmers as there are in the biophysical 
resources they manage. Suggesting an approach to understanding the interaction between the 
two is the objective for this chapter. 

It is these "drivers" of nitrogen mis-management, and in particular those that may be 
characterized as social in nature, that will receive our attention. We acknowledge that many of 
these social drivers co-exist and interact with more traditional economic processes, structures 
and constraints. A credible examination of the economic factors associated with nitrogen 
management is beyond the expertise of the authors and the logistical limitations of this chapter, 
but there are other sources that discuss them in detail (Shankar et al., 2000; Hopkins, 1996; 
Bosch etal, 1995). 

In this chapter we discuss the social factors of nitrogen management with the farmer as 
the focal point as a means to inform future research. We focus on two critical questions 
associated with researching nitrogen management from the perspective of agricultural producers. 
Social factors have been linked to the farmer's psychological state (Lynne et al, 1988), field 
management decisions (Hayman and Alston, 1999), how farm firms are managed (Meyer et al., 
1997), national policies and programs (Brouwer, 1998), and even the alteration of global cycles 
(Vitousek, 1997). In short, social factors arise at multiple and overlapping scales in an agro-
environmental hierarchy. 

For clarity, we define scale as "the spatial, temporal, quantitative or analytical 
dimensions used by scientists to measure and study objects and processes (Gibson et al.,. 2000, 
p. 19)." The social factors influencing farmers' also have a scale effect. Consequently, our first 
question is how does the concept of scale help direct a study of the social factors in farmers' 
nitrogen management decisions? 

The first question relates to the spatial and temporal dimensions that underlie farming 
systems in general, and nitrogen management in particular. Past social research on decision-
making has tested a long list of decision making variables such as age, education, attitudes, and 
perceptions of risk with limited success (Lockeretz, 1990). Our contention is that a scale-based 
analysis provides a framework that will limit which social factors need to be deemed important 
for future analysis. Thus, our second question is how does one analyze these salient social 
dimensions of nitrogen management? Recent innovations in both techniques and analysis 
methods offer a number of potential research strategies for social scientists or those engaging in 
interdisciplinary research. We suggest several approaches and techniques that may be used in 
future research. 

The astute reader will quickly recognize that the authors are very presumptuous for 
raising these particular questions within a book chapter. Careers, curricula, not to mention 
numerous books have touched on each of these questions. Nonetheless, we believe that modem 
developments, such as legislative approaches to nutrient management require a more focused 
analysis of the farmer's situation. We are not seeking a consensus among researchers in this 
chapter; rather, we are advocating an analytical framework we believe is capable of developing 
meaningful and objective insights. The salient point we wish to make is that nitrogen is often 
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mis-managed, and that our understanding of the ecological consequences of these behaviors is 
increasing each year. Debates over regulatory approaches are characterized by varying levels of 
belief in technical fixes, all occurring in a context of increasing knowledge of the ecological 
implications of doing nothing. The nexus point in this complex and dynamic interaction between 
science, policy, agriculture and the environment is the farmer. Management, and therefore mis-
management, is a cross-scale phenomena, the resultant social process of many different actors 
and institutions, including but not limited to farmers (Beegle, 2000). However, the agriculture 
producer is a "lynch pin"or "key stone" around whom the analysis of problem causes and 
solutions must be built. If viable solutions are to be developed, we must understand the farmer 
fairly and objectively in relationship to all scales of agricultural production and environmental 
management. This chapter suggests an analytical perspective and associated methods to address 
that objective. 

Our premise is that research on the management of nitrogen in agro-ecosystems cannot 
unduly focus on generalized best management practices or the consequences resulting from the 
lack of these techniques. Research on the need for and the design of best management practices 
within biophysical, technological, or policy settings needs to consider the context of their 
application, namely the farmers and their farms. While all want to find that true best 
management practice(s) for nitrogen, it is quite conceivable that this well-intentioned objective 
may prove difficult, if not impossible to develop without including the social context of farming 
in the original analytical framework. Any proposed "solution" from the technological or policy 
arena needs to be grounded in a comprehensive understanding of the farmer's situation. That is, 
we need a full understanding of the tools and technologies they currently have to work with; how 
cultural, legal and market structures shape management decisions and technology adoption; and 
the extent to which biophysical settings interrelate with the consequences of these production 
decisions and actions. 

It is no longer sufficient to focus on understanding the systematic processes or 
consequences of nitrogen management or mis-management. What is needed now are valid 
explanations of why it occurs beyond the glib generalizations that have dominated much of the 
discussion to this point (e.g., risk adversity, profit maximization, traditional attitudes, etc.). Such 
observations about farmer behavior and farm characteristics are often perceived as being 
anecdotal to most quantitative data common to the biophysical study of nitrogen in its soil, 
aqueous, or atmospheric environment. On this note, we propose that nitrogen be evaluated 
relative to another environment - the social or farm environment. Just as nitrogen behavior is 
conceptualized in diagrams, for example, how nitrifying bacteria are affected by such 
biophysical factors as temperature and moisture at various biophysical scales, we propose a 
similar understanding of nitrogen behavior on farms, with the farmer as an interdependent 
organism operating not only at biophysical scales, but at various institutional scales as well. As 
social scientists working in the interdisciplinary setting of nitrogen management research, we 
feel the two questions imbued within this chapter are starting points in this process. 

2. SCALE 

We posit that the nature and strength of human interactions with agro-ecosystems is 
influenced by the observed level of organization. Most environmental variables are considered 
to be scale dependent, but this same analytical framework has rarely been applied in the social 
sciences. Why is this important? We suggest that part of the answer to that question lies with 
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the concept of disproportionality. This is the notion that certain places, times or behaviors are 
more important in explaining the outcome of a system than other similar places, times or 
behaviors. There is a growing body of research (Heathwaite and Johnes, 1996; Heatwole et al., 
1987; Gburek and Sharpley, 1998) that demonstrate that a large proportion of agricultural 
nutrients lost to surface water comes from a small proportion of the landscape during a very 
limited time period. What has been lacking, however, is the behavioral dimension of this 
concept. 

0 40 80 120 160 200 240 280 320 360 400 440 480 520 560 600 650 690 740 780 

Nitrogen (kg/'ac) 

Figure 1: Total N applied during com production adapted from Shepard (2000) 

We know there is significant variation in the nutrient management behaviors of farmers. 
Figure 1 illustrates the total nitrogen applied in the production of com by a sample of 2,189 
Wisconsin farmers. This includes both commercial nitrogen and that which can be credited from 
animal manures. This distribution of behaviors, while informative, does not address the question 
of disproportionality. All one can say is that the probability of a disproportionate contribution to 
environmental degradation increases as one moves above the measures of central tendency. 
What is lacking is the biophysical context of the behavior. As Brasier et al.,. (2001) point out, 
the impact is not so much determined by the nature of these behaviors, but on when and where 
they occur across the landscape. The concept of disproportionality — the notion that a small 
percentage of farmer behaviors contribute a disproportionate amount of nutrient mis-
management — is a scale-dependent argument. For example, the emergence of a nutrient 
problem typically occurs at a landscape scale whereas the perturbation occurs at the sub-level 
scale. Therefore, the concept of scale, by definition, brings in the crucial aspects of the nature, 
location and timing of farmers' nitrogen management. 
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Figure 2: Hierarchy of levels and spatial scales in agriculture (Bouma et al, 1995) 

Scale is defined and understood through the lens of the sampling frame used to collect 
data (Atkinson and Tate, 2000). In agriculture this is traditionally portrayed as a hierarchy of 
agro-ecosystems where the different levels of scale are defined by spatial extent in a nested 
hierarchy (see Figure 2). The area of evaluation increases in this hierarchy from the plot all the 
way to the region. Scale also has a temporal dimension. Climate patterns, pest cycles or even 
crop rotations can be defined in time as well as space. Change in these patterns occur more 
slowly at higher levels in the scale hierarchy (Francis and Olson, 1995). While this typical 
portrayal of scale in agriculture is accurate, it needs to be more inclusive relative to the human 
dimension. Just as ecological systems are hierarchically organized with interactions across 
scales (Allen and Starr, 1982), so are human processes and their interactions with agro-
ecosystems. One approach to this issue is to examine some general levels of farm management, 
and the decisions that farmers make at these levels. Farmers make decisions at strategic, tactical 
and operational levels within the context of the agricultural production process (Bouma, 1997; 
Beegle and Lanyon, 1994). Strategic decisions apply to the structure and direction of the farm, 
involving the choice of crops within the context of agricultural markets, managerial capability 
and tradition. Tactical decisions deal with specific choices regarding the structural variables of 
the farmer's strategy, such as crop varieties, brands of machinery, and use of external analytical 
or diagnostic services. Finally, operational decisions relate to very scale-specific decisions such 
as the amount and timing of inputs for the selected crop varieties, when and where farm 
equipment will be employed, and the relative amount of human capital allocated to the various 
production processes. This classification scheme shows an explicit hierarchy; strategic decisions 
constrain the options available at the tactical level, which in turn constrain the options available 
at the operational level. 
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Acknowledgment of this hierarchy reduces both the number and the nature of options 
available to the producer relative to nitrogen management. As seen in Figure 3, nitrogen 
management on the farm typically occurs at an operational level of decision-making, but is often 
pre-determined choice by decisions at the strategic and tactical levels. Other options for nitrogen 
management may be suggested, but the viability of these options is dependent on their 
congruence with the other levels of the hierarchy. 

STRATEGIC DECISIONS: overall structure and 
direction of farm 

TACTICAL DECISIONS: specific choices of 
structural variables to implement strategy 

OPERATIONAL DECISIONS: specific usage of 
structural variables 

Figure 3: Hierarchy of Fanner Decision Making 

The point we wish to make is that farmers have little strategic or tactical control over 
nitrogen management because of the constrained nature of technologies, tools and 
recommendations available to them. Such a lack of control reduces the farmer's degrees of 
freedom in choosing specific options that may be more efficient, profitable or environmentally 
friendly. This is the case because many of our traditional as well as modem management and 
production techniques were designed to nullify or mask the influences of ecological variation, 
such as those factors that influence nitrogen processes within an agro-ecosystems setting. For 
example, nitrogen is applied on fields by machines designed to provide supposedly uniform 
application regardless of variance in nutrient holding capacity or historic nutrient levels. Seeds 
were bred and developed to give a uniform response across a wide range of growing conditions 
with little consideration given to nitrogen efficiency. Tillage tools are designed to provide 
uniform results across a wide range of soil conditions with little thought given to how these 
patterns of soil disturbance may influence nitrogen mobility. In summary, many of the tools and 
recommendations of modem commercial agriculture were designed to ignore or override rather 
than actually manage or respond to the natural variation that influences nitrogen processes in 
crop production. 

These strategic and tactical constraints restrict the flexibility of the farmer to make 
operational decisions oriented towards achieving sufficient nitrogen for crop production. 
Creating nitrogen management options at the operational level without creating supporting 
options at the tactical or strategic levels is unproductive and should be resisted (Beegle and 
Lanyon, 1994). For this reason, research and outreach programs designed to generate and 
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promote nitrogen best management practices must also address the tactical and strategic context 
of those practices. 

The main theme in this discussion is that decisions within a farm system are also 
hierarchical in nature where options and decisions at higher levels can constrain or restrict the 
choices available at lower levels. We believe this is related to the concept of disproportionality 
by recognizing that the nature and number of options available to individual farmers also vary in 
time and space. There are a number of different products, equipment, analytical and diagnostic 
services available to assist farmers in the management of nitrogen. These products and services 
are typically provided through private sector vendors such as crop consultants, input supply 
dealerships, dealer agronomists and management firms. Public sector support is found in USDA 
programs and organizations such as the Extension Service and land grant university research and 
teaching programs. The critical point we make is that these infrastructure products and services 
are not uniformly distributed in time and space. Some farmers have greater access to a greater 
variety of these products and services than other farmers. For example, the level of competition 
among agrichemical dealers in Wisconsin is illustrated in Figure 4. Some producers 
in certain parts of the state have 10-12 dealers vying for their business while in other parts it is 
close to a monopolistic relation. The nature and number of options available for strategic, 
tactical or operational decisions by farmers is directly related to this level of infrastructure 
support. 
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Figure 4: Income weighted dealer competitions levels adapted from 
WolfandNowak(1999) 

We have argued that scale is an important consideration when examining nitrogen 
management by farmers. Decisions by farmers can be ordered in an hierarchical fashion where 
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the slower moving, higher-order decisions can constrain or Umit the more rapid, lower-order 
decisions. Moreover, it was argued that the institutional and infrastructure context of these 
decisions can also influence the outcome since these also vary in space, and perhaps time. 
Discussion and analysis of both the institutional (i.e., policy, regulations, programs) and 
infrastructure (i.e., research, products, services) could be chapters in themselves. This was not 
our intent. The assumption underlying this chapter is that the concept of disproportionality needs 
to be the focal point of research on nitrogen management. Examining disproportionality will 
involve linking social to biophysical phenomena at different spatial and temporal scales. At 
issue is how this can be accomplished. That is, how do we integrate social and biophysical data 
to investigate the concept of disproportionality ? 

3. ANALYTICAL APPROACHES 

Without much to guide them, many well-meaning research groups unfortunately perceive 
social research as a dubious add-on to their scientific investigations. On the other hand, all are 
aware that agro-ecosystems are increasingly being scrutinized and managed by humans for better 
yields and environmental quality. From this dichotomy, an urgent need has arisen for practical 
research approaches that link farmer actions to the same locations as the biophysical processes 
being managed in both an anticipatory and responsive fashion (Lynne et al., 1988). 

What then should be the role of the social sciences in separating nitrogen research into 
component parts or constituent elements? The quandary underlying this question is that most 
would agree sociology has something to offer to nitrogen research, but there is little consensus 
on what this something is, or the direction it should take. Few would disagree that economics as 
a science has little more to offer nitrogen management research than its most rudimentary 
techniques (e.g. cost-benefit accounting of the latest technological fix being promoted as a best 
management practice). The same sentiment is more difficult to argue on behalf of sociology. 
Tongue-in-cheek as it may sound, many social factors are all too often clumped unceremoniously 
into a category termed something like "managemenf and later alluded to at group meetings, but 
never fiilly assimilated into the overall goal of farm systems research. We do not wish to fiirther 
this perception by advocating that nitrogen researchers somehow "graft" unwanted social studies 
onto their ftiture experimental designs. There are certainly many projects unsuited for the 
inclusion of social factors, and it just as well that they are left out if studying them adds little to 
the scientific ideas under examination. However, an analysis of disproportionality, that situation 
where a minority of inappropriate behaviors in vulnerable biophysical settings causes the 
majority of degradation, requires an integrated approach. 

The issue of studying linkages between the social and biophysical factors affecting 
nitrogen management points to the need for a common area of analysis. The social sciences are 
now moving in the direction of "spatially integrated social science," brought on by the advent of 
spatial analysis and geographic information systems (Goodchild, 2000; Anselin, 1999). These 
techniques are now frequently applied to a variety of social science applications ranging from 
anthropology (Aldenderfer and Maschner, 1996), to criminology (Weisburd and McEwen, 1998), 
to real estate analysis (Can, 1998). Exploring the applications of spatial data analysis in a rural 
sociological context will provide ftirther insights and methods that are particularly relevant to 
nitrogen management. 

Measuring social factors for use in a spatial analysis require a departure from the 
traditional techniques used in rural sociology, such as random sampling (Nowak and Korsching, 
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1998). Precisely because the data of interest must be georeferenced, the social scientist must use 
methodology that can meaningfully examine the influence of social factors in the biophysical 
landscape or the spatial location of management practices. Although the biophysical context is 
heterogeneous, it is most certainly not random. Furthermore, social factors responding to these 
biophysical attributes, and influencing nitrogen management practices, will also not likely be 
random either. For these reasons, the sampling of social must approach that of a proportionate, 
or stratified, spatial sampling regime. Upon establishing the baseline survey at a chosen scale, 
more extensive sampling should be directed to locations where patterns are detected. It is this 
underlying search for spatial patterns of farmer behavior, and the explanation for these patterns, 
that are guiding current spatially integrated research in rural sociology. 

A wide assortment of studies exist where the authors took a spatial approach to the 
examination of patterns and trends of rural social behavior at a variety of scales. In the general 
nomenclature of spatial statistics, the data from which these studies were comprised originates 
from one of the three classes of spatial data: 1) point, 2) area or lattice, and 3) spatially 
continuous. 

3.1 Point Data 
The central feature of point data analysis is the presence or absence of an observation at a 

particular location. The measurement involved is binary in nature; an observation either occurs 
at a given location or it does not. Analysis methods abound for spatial point data analysis, often 
focusing on the location of behavior that occur in clusters or patterns under two general 
groupings (Everitt, 1974). The first group of methods analyze the spatial or geographic distance 
between observations, with distance used as a criterion to locate clusters, "hot spots," or 
dispersion. Refined nearest neighbor analysis is one technique under this grouping commonly 
used to analyze point data based on distances (Diggle and Chetwynd, 1991). A second group of 
techniques examines the density of observations focusing on regions with a higher density of 
incidence. An example of this technique is kernel density estimation which estimates the 
intensity at each point in a set of observations using a weighted function from the surrounding 
points. Other social disciplines, criminology in particular, make use of point pattern analysis to 
map the occurrence of criminal activities within a geographic region in order to discern 
underlying patterns of incidence and make changes in law enforcement strategies. Despite 
obvious potential application, such as targeting programs for nitrogen management assistance, 
the field of rural sociology has hitherto left point pattern analysis techniques to other disciplines. 
We believe there is potential in this technique relative to identifying both the social and 
biophysical dimensions of disproportionality relative to nitrogen. 

Farmers across a region may have access to different technology and information because 
of their location. For example, innovations have been observed to spread in clusters, influenced 
by interpersonal communication and agricultural infrastructure such as market vendors or 
processing plants (Brown et al.„ 1976). A more recent study by Wolf and Nowak (1999) used 
the ideas behind point data analysis to show spatial patterns of aggregation between input dealers 
and volume of com production. The authors assert that dealer competition in Wisconsin is not 
randomly distributed; rather, it is heavily clustered in regions with relatively highly productive 
and well-buffered soils. This pattern is ftirther compounded by the spatial distribution of 
groundwater pollution risk due to agrichemical misuse. They use this analysis to make the 
statement that the extent of technology transfer and resource allocation is inversely related to 
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areas of high environmental vulnerability. We suggest that a similar analysis of the institutional 
and infrastructure context in areas with nitrogen-related problems could be very informative. 

3.2 Area or Lattice Data 
Lattice data are associated with spatial regions, defined by an area measurement and are 

regulary or irregularly spaced. A critical feature of lattice data analysis is that of a neighborhood 
structure and neighbor relationships. These relationships can be weighted, based on common 
boundaries or defined proximities. Andicott et al., (1987) identify two methods for measuring 
neighborhoods: 1) developing criteria for boundaries of neighborhoods, and 2) measuring the 
distribution of activity or influence among sampling units. As they note, these criteria will be 
arbitrary, but must be clearly identified. If the unit of observation varies field by field, the 
neighborhood boundaries should also follow fields. In the case of an information network, 
farmers may be expected to interact with input suppliers and others at the farm level. Spatial 
statistics provides quantitative tools for evaluating these relationships that were not available 10 
years ago because of limited computing power. 

A hierarchy of ethical concerns and obligations by Noss (1992) shows that our 
consideration of others extends from self to global levels. Our decisions about agricultural 
diversity and other environmental interactions occur across these levels of concern (Francis and 
Olson, 1995). By starting at the individual level of analysis, the social interactions within and 
commitments to a farm family, a community, landscape, or region could provide more detailed 
information about the nitrogen management. This type of analysis would be especially fruitful 
where there are human health concerns associated with nitrogen management. 

3.3 Spatially Continuous Data 
Brasier et al., (2001) provide an example of integrating social and biophysical data in a 

spatial analysis with their study of resource degradation in the fictitiously named "Little 
Mackenzie River watershed." Identity and geographic location of the watershed is withheld to 
protect the confidentiality of the farmers who provided spatially-specific information. This an 
agricultural drainage basin of approximately 1076 km^ (415 mi) located in the Combelt of the 
Midwest. The southern and western portion of the watershed has a rolling topography of loess 
soils, with slopes of 5% to 18%. The northern and eastern portion of the watershed has relafively 
flat glacial till soils with predominantly 0% to 2% slopes. Land use in the Little Mackenzie 
River watershed is predominantly agricultural. There are approximately 1500 farms in the 
watershed, averaging about 142 hectares (356 acres) in size. The majority of farmers in the 
watershed have mixed com/soybean and livestock operations. Com yields average 
approximately 353 bushels per hectare (141 per acre) while soybeans average about 113 bushels 
per hectare (45 per acre). Most of the livestock raised in the watershed are hogs and beef cattle, 
with the proportion of hogs increasing in recent years. 

The primary environmental problems associated with the Little Mackenzie River 
watershed are sedimentation, phosphorus and nitrate contamination of the surface water. As is 
true in many Midwestern watersheds, a major component of the surface water quality 
management program is the control of nonpoint source pollution from agricultural areas. 

The larger drainage basin that includes the Little Mackenzie River watershed also 
provides drinking water to hundreds of thousands of urban residents. Average nitrate levels in 
the Little Mackenzie River are 10-15 mg/1, which means they are at or exceeding Maximum 
Contaminant Levels (MCLs) as defined by the Environmental Protection Agency (10 mg/1). 
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This watershed eventually drains into the Mississippi River, so it has contributed historically to 
high nitrate loading and hypoxic conditions in the Gulf of Mexico. 

Because of high nutrient loads coming from the watershed, public and private 
conservation organizations are working together to study their causes and suggest solutions. 
Generally, these solutions are based on generalized offers of assistance. That is, any farmer who 
participates voluntarily in the programs is eligible for technical, financial, and/or informational 
assistance. The problem with this type of generalized approach is that farmers who are most 
likely to volunteer are those who typically have the least need. Conversely, the farmers who are 
least likely to participate - socially and environmentally marginal farmers - are probably 
contributing disproportionately to the environmental problem. Because the coincidence of social 
and environmental marginality exacerbates existing environmental problems, policies need to 
identify and target these "doubly" marginal farmers and offer them the appropriate assistance. 

The authors based their spatial analysis upon a composite index integrating the social and 
biophysical dimensions of resource degradation from farmlands. The first measure represented 
a parcel's vulnerability due to biophysical variables, based on the Universal Soil Loss Equation 
(Wischmeier and Smith, 1978). The second measure was based on a measure of social 
characteristics where all operators of land adjacent to a primary, secondary or tertiary stream 
were sent a mail survey. The survey contained an aerial photo of a specific parcel bordering a 
stream, and questions were referenced to this specific area. 

Indexing methods such as developed in this study provide a method of differentiating 
between farmers whose lands have greater vulnerability to environmental problems but are likely 
to address the problem from those farmers whose lands are vulnerable but are not likely to 
address their problems. Furthermore, farmers and the tracts of land they manage can be spatially 
identified as clusters of highly vulnerable regions that are not involved in social networks and/or 
do not have working knowledge of the best nitrogen management practices for their location. 
These farmers are the most likely contributors to the nitrogen mis-management problem. In 
other words, the indexing method allows a statistical and spatial distinguishing between those 
farmers who can and are addressing their vulnerable landscapes and those who cannot and are 
not. We believe that this issue of spatially identifying disproportional contributions lies at the 
core of addressing environmental degradation from agricultural land use. 

A traditional social analysis would measure the relation between the vulnerability values 
and various measures of the farm firm, farm, and perhaps, psychological attributes of the farm 
decision maker. The intent would be to find some statistical relation between measures of 
vulnerability and the concepts that have meaning in the discipline (i.e., scale of operations, legal 
organization, gender roles or perhaps tenure of the parcel). This traditional approach, however, 
has been unfruitful over the last 25 years (Lockeretz 1990). In this chapter, we acknowledge that 
these attributes have value, and that the distribution of these values may be skewed, but also to 
assert that these attributes have definable locations. That is, traditional analysis has pursued the 
aspatial analysis of the relations between these attributes. We believe that spatial location, 
particularly regarding the spatial location of the outliers on our measures of vulnerability, may be 
as informative, if not more informative, as to the environmental consequences of farmer 
management. 

Spatial distributions with values at certain locations showing relationship with values at 
other locations are spatially autocorrelated. Spatial distribution could indicate patterns of 
underlying process. Incidents exposed to the impact of similar process tend to follow a similar 
locating pattern. Hence, study on spatial cluster could reveal information about the underlying 
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geographical process that generates the spatial pattern, which can further aid the comprehension 
of underlying geographical process and its relationship with the phenomenon under 
investigation. Quantifying these spatial patterns is important from a social science perspective 
for two reasons. First, from a policy standpoint, it is important to estimate the distance at which 
the patterns becomes dissimilar. Knowing this distance gives us a better understanding of cluster 
sizes and at what distances the patterns become insignificant. The size of these clusters may 
determine the appropriate allocation of program resources. Secondly, from a conceptual 
perspective, we want to estimate the size of these clusters so that we can attempt to understand 
how and why spatial location is related to variation among farm firms. 
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A simple semivariogram analysis was used with the aforementioned measures of 
biophysical and social vulnerability in the Little Mackenzie River watershed. When calculating 
a semivariogram one calculates the variances between all possible points in the study area, and 
then averages those variances for given distances between them. These average variances are 
plotted against the distance, or lag interval. This approach provides an understanding of the 
extent to which a value at one spatial location is related to values at other locations (Palmer, 
1988). Statistically, this means that the correlation between close observations should be high, 
and this correlation is likely to decrease with distance. The semivariogram was calculated 
quantifying the size of vulnerable zones based on both the social and biophysical components. 
As can be seen in Figure 5, the range of 2850 m (9350 ft) suggests that at distances closer than 
2850 meters the combined values of vulnerability are similar enough to posit correlation. Using 
the average farm size of 142 hectares, the range in Figure 5 suggests clusters exist of 
approximately 2550 ha (6330 ac), or 18 average farms, which are both socially and biophysically 
vulnerable. 

As can be seen in Figure 6, definite "neighborhoods" exist, particularly in the 
northwestern and southeastern regions of the watershed. There are "clusters" with similar mean 
values of the combined vulnerability measure. These represent locations where both of these 
conditions - high biophysical vulnerability and high social vulnerability - occur on the same 
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landscape. The darker areas (high values) indicate clusters where farmers are both 
environmentally vulnerable (farming soil that is vulnerable to erosion) and socially vulnerable 
(not integrated into assistance networks and lacking knowledge to address erosion). 

The purpose of this extended example from prior work was used to illustrate two themes: 
1) techniques are available that will allow a rigorous integration of social and biophysical data, 
and 2) meaningful results for policy implementation, design of appropriate remedial practices 
and specifying future research can be derived from the resuhs. Investigating and addressing 
disproportionality relative to nitrogen will require such an integrated, analytical approach. 

Social and Biophysical 
Vulnerablljty 
^ B ^^''y ^^^ 
• 1 Low 
^ B Average 
^ H i g h 
^ B Higher 
I B Very High 
H Extremely High 

Figure 6: Environmental Vulnerability distributed over 
watershed adapted from Brasier et al (2001) 

4. CONCLUSION 

As Tobler stated in his first law of geography, "everything is related to everything else, 
but near things are more related than distant things" (Tobler, 1979). We use this quote to 
emphasize that farmers live not only in biophysical space but also in social space. The resulting 
consequences of this "co-location" emerges from interactions between farmers and the 
biophysical resources they manipulate. Many of the issues associated with agricultural nitrogen 
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provide a case in point of this relationship. Unfortunately, much of the research on this issue has 
not been designed around this simple truism. 

We point out that the salient social and biophysical processes are not random in space or 
time. Inappropriate behaviors at vulnerable locations or times create many of the "problems" the 
policy and research agendas are oriented toward today. This situation of disproportionality 
should provide a warning that there is not a universal policy or technical solution to these 
problems. On the other hand, searching for a means to provide an almost infinite set of unique, 
site-specific solutions is also not feasible. Instead, we have argued for the more classic and 
scientific approach. One must first be able to describe and measure pattern and process before 
seeking explanation and prediction. This chapter attempted to contribute toward that objective 
by describing how concepts such as scale and context apply to the management of nitrogen by 
farmers. Moreover, we suggested and illustrated several novel — at least to the social sciences 
— approaches to measuring these concepts in space. Much remains to be accomplished. 

We say this because social and biophysical data occur along a continuum of differing 
scales, and are often incompatible because one was measured at a finer or coarser scale than the 
other. Further complicating this issue, the data sets may be separately measured either in 
geographic space or institutional space, without any recognition of the linkage between the two. 
Other problems associated with the ecological fallacy (i.e., generalizing from the whole to the 
part) occur too fi*equently in our explanations of farmer behavior and in attributing causality to 
observed patterns. Verbal descriptions or narratives of social concepts may be valued within a 
discipline, but clearly the "bridge" to interdisciplinary efforts must be built with a common 
metric. Most all would agree that addressing nitrogen management in modem agriculture is 
going to require an interdisciplinary approach. Thus, while much remains to be accomplished, 
and there are significant disciplinary obstacles, we conclude that the ideas suggested in this 
chapter warrant fiirther effort. 
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Chapter 20. New Policy Directions 

Andrew P. Manale 

US Environmental Protection Agency, Office of Policy, Economics, and Innovation, 
Washington, D.C. 

Advances in linking the science of ecology with economics and the development of agri-
environmental modeling systems coupled with new information technology suggest new public 
policy approaches that reward agricultural producers for providing ecological services. An 
incentive-based ecosystem approach that identifies and quantifies an array of environmental 
services that can be provided by agricultural land, and then facilitates the development of 
markets in these services can protect environmental quality while improving farm income. 
Sustainability can be achieved whereby economic needs of society are integrated into 
environmental protection. Before presenting new agricultural policy approaches for improving 
environmental quality and, in particular, managing agricultural nitrogen, the nature of the 
relationship between agriculture and the environment and its implications for policy are 
discussed. 

1. THE POLICY DILEMMA 

By design, agriculture alters the natural system of the soil and the associated landscape 
for the production of crops and animals of benefit to humans (Daily, 1997; Daily and Ehrlich, 
1992). The diversion of available energy from maintenance of the ecosystem^ can, over time, 
affect the quality or fitness of agricultural ecosystems, as reflected in their resistance and 
resilience^ to such physical and biological insults as disease and droughts. These decline well 
below those of native ecosystems (see Whitford, 1999) with some environmental impacts 
requiring years to manifest themselves (National Research Council, 1993, p. 3.). Some effects 
occur slowly with long-term effects that do not become apparent for many years. According to 
Ludwig [Ludwig et al, 1993], "[t]he delay between predicting and detecting irreversible and 

^According to C. S. Rolling, "In short, the success in controlling an ecological variable that 
normally fluctuated led to more spatially homogenized ecosystems over landscape scales. It led 
to systems more likely to flip into a persistent degraded state, triggered by disturbances that 
previously could be absorbed. This is the definition of loss of resilience...So this is the puzzle: 
The very success in managing a target variable for sustained production of food and fiber 
apparently leads inevitably to an ultimate pathology of less resilient and more vulnerable 
ecosystems, more rigid and unresponsive management agencies and more dependent societies" 
[as quoted in Gunderson, 1995]. 
Resistance is the capacity of the system to continue to function without change through a 

disturbance; resilience the ability to recover functional integrity following a disturbance 
(Herrick, 2000). 
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deleterious ecosystem-level changes with certainty often delays the receptivity to acknowledging 
environmental problems and seeking solutions. This uncertainty compounded over the period of 
delay; the longer the period, the larger the gamble." 

Soils, particularly in arid regions or organic soils, can quickly exhibit the signs of 
degradation, such as reduced water-holding, nutrient-holding, and infiltration capacity; changes 
to more robust soils may take decades or even generations before the loss in resistance and 
resilience manifests itself (Kemper, 1997). As quality declines, producers may rely more on 
chemical inputs, such as chemical fertilizers. As soils lose their tolerance to droughts, producers 
irrigate more; as soils lose resistance to disease, farmers use more pesticide. These 
compensatory actions to maintain or improve yields can lead to ftirther declines in environmental 
quality, such as nutrient contamination of water resources (National Research Council, 1993, 
p.l07,189-193, and 198-199). 

Society, in general, accepts this loss where it perceives the benefits of agricultural 
production outweighing the environmental costs (Phipps, et al, 1986). However, an ever-
growing economy and the steady decline in the relative value of agricultural production changes 
this ratio. John Antle (2000, 1006.) states that "(t)he growing demand for environmental quality 
implies that society will increasingly value production processes that provide environmental 
services-what are becoming known as ecosystem services." As new scientific insight reveals 
serious long-term environmental effects (see, for example, USGS, 2000 and Crouzet, 2000), the 
public demands more from agricultural producers to mitigate these impacts (NRCS, 1997). In 
response, both the United States and the European Union, have, for example, recently enacted 
new regulations that put increased pressure on state and regional political jurisdictions to resolve 
the problems (CRS, 2000; EU, 2000). 

1.1 Factors Contributing to Agriculture's Role in Pollution 

Soils and their constituents, such as nitrogen, phosphorous and carbon are inextricably 
connected to water in ecological processes. A change in the quality or quantity of the one can, 
over time, adversely affect the other. It is the latter, however, that commands public attention 
for environmental protection since water, both above and below ground, is a common pool 
resource (CPR) shared by many users [Ostrom et al, 1999]. 

Exploitation of CPRs commonly leads to a policy dilemma called "tragedy of the 
commons" in which the pursuit of self-interest diminishes the quality and useftilness of the 
resource for other users (Hardin, 1968). The result is a form of market failure called negative 
externality whereby short-term interests produce outcomes that are not in anyone's long-term 
interest (Dynar, 1998). CPR dilemmas are solved by restricting access and creating incentives 
(usually by assigning individual rights to or shares of the resource) for users to invest in the 
resource instead of overexploiting it. This usually means privatization of the resource (Ostrom et 
al, 1999). Privatization of water resources is rarely politically or technically feasible. 

Agricultural soils, on the other hand, are generally privately owned and managed. 
Nevertheless, their interaction with water in the larger ecological dynamic translates the 
consequence of an insult of one component of the landscape into adverse impacts on the quality 
of the whole. Individual property ownership and institutions for facilitating communication and 
negotiation among individual property owners are not likely to lead to rules to solve this social 
dilemma in these watersheds where there is a high proportion of users who behave in a narrow, 
self-interested way; where the perceived social benefits accrue to beneficiaries external to 
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watershed; or the costs of doing so are perceived by the users to be high, particularly where the 
resource is large and complex (Dasgupta, 2000). 

Soils and the larger landscape potentially provide multiple services to society, in addition 
to the service associated with a private benefit. The former, which include flood water retention, 
drought mitigation, wildlife habitat, water quality, sequestration of carbon and minimizing 
releases other greenhouse gases thereby helping to mitigate global warming, and even aesthetic 
open space for the benefit of urban dwellers (Tourbier, 1994) are rarely explicitly monetized 
(Daily et al, 2000; Daily, 2000; and Haapala, 2000). Though managing the land through its use 
in agricultural production may reflect its private economic value, the practices may not 
sufficiently capture its environmental resource value (Dasgupta, 2000). 

Farmers have been known to address pollution problems for which resolution can be 
shown to be in their self-interest, such as the protection of ground water which they use for 
drinking water. However, there can be a temporal lag between the management practices that 
cause the insult to the resource and the effect that diminishes the common use of the resource. A 
relatively common example is nitrate contamination of groundwater supplies resulting from 
excessive fertilizer use or land application of manure. Producers may not become aware of the 
commonality of interest in protecting the resource until the damage is manifest, which may not 
occur for many years. Alternatively, the farmer may be aware of the problem, but does not adopt 
the necessary practice to resolve the problem because the structure of the agricultural economy 
does not allow him or her to pass on the additional cost. 

The spatial scale of agricultural production complicates the finding of a policy solution to 
the environmental problems. Production occurs across watershed and political boundaries. Site-
specific factors, such as soil type and quality, weather, and proximity to water resources, and 
history of hydrologic changes, affect the amount and type of pollution associated with the 
agricultural technology used to produce the agricultural product (Wu and Babcock, 1999). 

Superimposed upon the effect of individual farming decisions on the environment are 
public policies and collective actions that exacerbate or ampUfy the magnitude of the impacts. In 
the United States and in most developed countries, government programs have historically 
affected how farmers farm or steward the land exacerbating agriculture's impact on the 
environment (NRC, 1993). Agricultural programs that induce a bias towards intensive farming 
practices that boost yields, expand production onto marginal lands, and concentrate production 
on a small number of crops can undermine efforts to encourage adoption of conservation 
practices.^ Despite major changes in farm policy in the United States and Europe since 1989, the 
linkages between farm program support and production decisions remain (Crouzet, 2000)."* 
Income-support programs in the United States under the 1996 farm bill, such as the commodity 
loan programs, influence producer decisions regarding the use of marginal lands, the intensity of 
land use, tillage practice, monocultural cropping practices and habitat protection (Miranowski 
and Cochran, 1993). 

Wide fluctuations in the prices of commodities in domestic and international markets can 
cause farmers to put marginal land into production, fragile lands that degrade and hence erode 

^The National Research Council concluded: " [F]ederal policies "significantly influence farmers' 
choices of agricultural practices. As a whole, federal policies work against environmentally 
benign practices (NRC, 1989, p.6.). 
"̂ The 1996 farm bill and subsequent amendments to it and a new crop insurance bill, which 
expand protection to more crops and livestock, continue these linkages in the United States. 
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readily (MacGregor and McRae, 2000). An example is the late 1970s in the United States when 
agriculture boomed with "fence row to fence row" production leading to a significant expansion 
in cropland and concomitant rates of soil erosion (NRC, 1993, p. 152). Shifting the management 
of risk from how one crops and manages the land to financial instruments, or "risk management 
instruments," such as crop or disaster insurance or loan-deficiency payment programs, can 
encourage producers to shorten the time-scale of management decisions regarding resource use, 
putting short-term rational individual economic behavior gain into conflict with long-term public 
resource protection (Skees, 1999). 

Recent trends regarding the structure of the industry also have implications for ability of 
public policy to solve problems (Rickson et al, 1997; Boehlje, 1995; Welsh, 1996). Over time, 
crop and animal livestock production have diverged with the more and more specialization, a 
greater percentage of production conducted by fewer farms, and fewer farms producing both 
whereby crops grown serve as feed for animals and the manure produced by the animals serving 
as fertilizer for the crops (Crouzet, 2000). The consequence is that livestock production is 
concentrating within small geographic areas with nitrogen and phosphorous coming into a 
watershed in grain inputs that are not balanced by removal through food transported out of the 
area, denitrification, or taken up by plants (Vanderholm, 1994). The excess winds up in ground 
and surface water supplies or overconcentrating in soils that disturbs soil ecology (Hatfield and 
Stewart, 1998). 

With more and more production occurring under contracts to firms that process and 
convert raw agricultural produce into value-added products (so-called integrators), key 
production decisions are no longer necessarily made by owners of the land who may have self-
interest in its long-term sustainable management (Schertz and Daft, 1996). The magnitude of 
production within a watershed or geographic area, where the predominance of production is 
under contract, has shifted to the integrator who may make decisions with little relationship to 
resource constraints (Zilberman, 2000; Manale and Narrod, 1994). The solution may require 
redefinition of property rights to reflect who is better able to pass on the costs of adopting 
environmental control measures to consumers. 

No less important a factor affecting agriculture as a source of pollution and loadings of 
nitrogen into the environment is the long-term consequence of collective actions and government 
policies. These have changed landscape hydrology and hence the ecological conditions of soils 
and their potential to provide a vector of services of social value, such as flood water retention, 
carbon sequestration, and ground water recharge (Wiener et al, 1998; Guardian, 2000). When 
Europeans first settled the land that would become the conterminous United States, for example, 
there were 89.4 million ha (221 million acres) of wetlands. With the introduction of technology 
facilitating the construction of tile drains, nearly all of the prairie weflands-prairie potholes-in 
Iowa, southern Minnesota, and the Red River Valley had been drained. By the mid-1980s, the 
number of weflands plummeted to about 42.7 million ha (103 million acres). Many states, such 
as Ohio, California, Missouri, Illinois, and Indiana, lost more than 70 percent of functioning 
wetland systems and Iowa 95 percent. In other areas, channelization of rivers contributed to 
changes in soil ecosystems. Increased transport of sediment and fertilizer nutrients and loss of 
riparian vegetation often followed channelization. 

Altering the rate of overland flow of water affects rates of denitrification or movement of 
sediment to water bodies (Crumpton and Baker, 1993). "In Iowa, shallow subsurface drainage is 
"short-circuited" or routed by drain tiles to surface water supplies such as the Des Moines and 
Raccoon Rivers. This can result in water supplies for cities such as Des Moines exceeding the 
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drinking water standard. Although better N management can help reduce leaching losses, it has 
not been shown that management alone can reduce nitrate-N concentrations in shallow 
subsurface drainage to levels below 10 mg/1, unless N applications are eliminated or at least 
reduced to well below economic optimum rates." Drainage has also caused these soils to become 
a source of greenhouse gas emissions, rather than a sink, thus contributing to climate change 
(Armentano, 1980). Because these topsails tend to be deep, degradation can cause nutrients to be 
released over a long period of time contributing to loadings to surface waters (USGS, 2000)]. 

Conversion of wetlands and altering the water-holding capacity of agricultural soils add 
to the risk of floods and droughts. According to Perry and Vanderklein (1996, p. 175), "[while 
water quality management frequently focuses on small or midscale effects, significant lag-term 
effects can, and probably do, result from all of the channel modifications, land-use changes, and 
accumulated connecting impacts." The draining of over 60 percent of the prairie potholes of the 
northern prairie of the Upper Mississippi River Basin, for example, has resulted in the loss of the 
potential to store some 38 ha-cm (15 acre-inches) of runoff and more per year (Wiche et al, 
1990). During pre-settlement times, forested riparian wetlands adjacent to the Mississippi could 
store up to 60 days of river discharge. With removal of wetlands through channelization, 
leveeing, and draining, remaining wetlands have storage capacity of less than 12 days discharge 
(DeLaney, 1995). Restoring the ability of the soils to retain water can achieve roughly a 36% 
reduction in runoff (Dyke, 1997). 

1.2 United States' and European Union Experience in Addressing the Problem 

Traditional approaches have heavily relied on voluntary approaches, such as education 
technical assistance, directed at users of the land. Education alone has not been effective in 
promoting adoption of practices that are not profitable (Camboni and Napier, 1994; Feather and 
Cooper, 1995) except where self interest is at stake (Napier and Brown, 1993; Nowak, 1987). 
Even where technical and cost-share assistance have been provided, voluntary projects, such as 
United States Department of Agriculture water quality projects that were implemented on a 
watershed basis-such as the Model Implementation Program of the 1970s and Rural Clean 
Water Program of the 1990s~, failed to achieve water quality goals (Shortle and Abler, 1999). 
Labeling requirements and registration of inputs have been of limited effectiveness because of 
site-specific conditions. 

In the United States, federal programs to protect water resources from agricultural 
sources have relied on state and local initiatives. Clean Water Act [Federal Water Pollution 
Control Act] section 208 as well as its 1987 amendments have called for development and 
implementation of area wide water quality management programs to address point and nonpoint 
source pollution and for states to develop plans for reducing nonpoint pollution and adoption 
appropriate land management controls. Congress amended the Clean Water Act (CWA) in 1987 
to establish the section 319 Nonpoint Source Management Program because it recognized the 
need for greater federal leadership to help focus State and local nonpoint source efforts. Under 
section 319, State, Territories, and Indian Tribes receive grant money which support a wide 
variety of activities including technical assistance, financial assistance, education, training, 
technology transfer, demonstration projects, and monitoring to assess the success of specific 
nonpoint source implementation projects (USEPA, 2001). This gentle federal nudging of states 
to address what has been perceived as inherently a state or local problem has clearly not been 
enough [see USEPA, 1998]. 
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Similarly in the EU, traditional command and control and voluntary efforts have met with 
limited success [European Environment Agency, 2000]. Most of the reduction in nitrogen 
loading into the environment is likely the consequence of reforms of the EU's agricultural 
subsidy program which has shifted payments away from support for production to provision for 
environmental goods. The incentive to use more fertilizer to increase production and hence 
financial return has thereby been reduced. Implementation of regulatory programs in member 
states has been unsatisfactory, with only five countries with plans detailing how they are 
implementing the Nitrate Directive [European Union, 1991] the main EU-wide policy vehicle for 
reducing nitrogen loadings into the environment from agriculture. Even where programs are in 
place, regulatory targets for reducing agricultural loadings have been missed [Crouzet et al., 
2000]. The explanation has generally been that the measures adopted were accompanied by 
inadequate control and enforcement, inadequate education, and inadequate use or lack of 
financial instruments. 

Incentive-based approaches have been suggested in recent years (Segerson, 1988). 
However, agricultural pollutants follow indirect and diffiise routes from agricultural land to air 
and water resources from a large numbers of agricultural sources. The standard economic 
prescriptions for negative environmental externalities involving emission-based policy 
instruments, such as emissions standards or taxes, tradable discharge permits which require 
metering individual pollution sources would be impractical for nonpoint source pollution 
[Shorter and Abler, 1999]. Taxes are not necessarily more efficient because of uncertainty 
regarding farm production decisions and loadings (Weitzman, 1974). Trading between point and 
non-point sources, which has been urged by some economists, suffers from the difficulty in 
establishing equivalence between a quantifiable point source emission and a highly variable non-
point source emission of a pollutant or pollutants, let alone the high cost of monitoring and 
verification of reductions. 

More recently, federal agricultural farm income support payments in the U.S. have been 
coupled to implementation of specific practices, such as conservation tillage or protection of 
cropped wetlands. Though these programs, particularly Conservation Compliance, have 
succeeded in significantly reducing soil erosion on highly erosive land, they have had far more 
limited success with reducing nitrogen loadings to the environment [U.S. Geological Survey, 
1999]. 

Also, "green payments" have been paid farmers to adopt of practices that reduce impacts 
on water resources. As Horan, Shortle, and Abler (1999, p. 1214-1215) have argued, "...major 
program design issues have yet to be addressed, including how to define environmental 
performance goals, trade-offs or complementaries between farm income and environmental 
protection, what types of payments to use (including subsides or contracts), which producers to 
target, which inputs to target, whether to make payments uniform or partially site-specific, how 
to control entry and exit, and how to reconcile green payments with the URA (Uruguay Round 
Agreement)...Under URA..environmental subsidies are limited to producers' participation costs." 
These programs, where they have been fimded by the federal government in the U.S., have been 
conservatively fiinded with budgets sufficient only to fimd the most closely targeted problems, 
that is the demand for fimding has far exceeded the amounts available (See USDA, 2000). 
Where these have been implemented broadly, the fimds have been spread too thinly to be 
effective. 

Federal green payment programs often suffer from reliance upon uncertain government 
fiinding. According to Napier (1999 p. 191), "[o]nce the subsidies used to encourage 
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conservation were withdrawn, or the market changed to the point that it was less profitable to 
farm with conservation systems, land owner-operators removed conservation structures and 
reintroduced erosive farming systems that were perceived to be more profitable. The result is a 
considerable loss of public investment in soil and water conservation...repeated numerous times 
throughout the U.S. and are likely to continue unless there is significant modification of 
institutional structure for implementing conservation programs." Because addressing the root 
causes of environmental problems associated with agricultural may entail restoring the quality of 
soils—a process that may take years to accomplish, all of which can be lost in a single season-a 
successful green payment program requires an institutionally secure and enduring funding 
mechanism. 

A more fundamental problem of past efforts has been the narrow, single-objective focus 
of policy on ameliorating a particular environmental impact of agricultural production at a time-
soil erosion, nutrient, runoff, ground-water contamination, for example-rather than at the root 
causes or at encouraging practices that address multiple impacts (see, for example, Ribaudo, 
2000). Policies have assumed the replaceability of the capital stock, despite the amount of time 
related to the human lifespan necessary to replace or restore them (Phipps and Crosson, p.4). 
However, instead of an inert chemical matrix in a steady-state relationship with its environment 
and with agricultural chemical inputs, soils are highly complex dynamic biological systems 
interconnected into a larger system. "Unfortunately the world doesn't operate on a linear model. 
Thus, it can be argued that some of the blame for today's increasingly vexing water problems 
stems from the application of linear thinking to the problems of a cyclical world (Hall 1998, 
p33). 

A more accurate model incorporates a feedback mechanism pertaining to the capacity of 
the capital stock. According to Hall, "[t]he difference, between the two models is not one of 
parts, but of interrelationships." Newer models that simulate how the capital stock-soils-
provide a variety of ecological services-allow economic evaluation of options that address the 
causes of the problem—such as the loss of ecological functions of the soil or hydrologic 
modifications of the greater landscape that prevent farm-level solutions-or even economic 
policies that have encourage the geographic division of crop and livestock agriculture. Important 
policy options that may have provided greater economic and environmental benefit simply have 
or could not be sufficiently considered.^ 

2. AN ECOSYSTEM APPROACH TO AGROENVIRONMENTAL PROBLEMS 

A more holistic, ecosystem approach (or integrated resource management, as it is 
sometimes called) treats the causes of environmental degradation from agricultural activities 
rather than the symptoms, recognizing the interconnectiveness of problems and the complexity 
and uncertainty of interactions (Bellamy et al, 1999). Ecological services that have diminished 
must be restored through the adoption of agricultural systems or sets of practices that either 
restore or mimic their function. Hence, managing the system for its ecosystem services-that is 

^"Past attempts have focused on resource that is adversely impacted, such as water and then 
identifying either the performance standard or the technology that achieves the desired 
amelioration. The consequence is that the practices or measures adopted will be single-objective 
and may fail to achieve multi-objective benefits that may accrue from practices that not only 
achieve the single objective but secondarily also the other benefits (Batie and Ervin, 1997)." 
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restoring "wholeness"-- means managing the capital stock to provide an array of ecological 
services, including crop production, to maximize the social good. One thereby minimizes the 
set of negative externalities associated with the commercial activity. 

Management of soils generally follows the value of the land for private benefit. This use 
of the land, though declining, may continue indefinitely with the availability of modem 
technologies, such as fertilizers, hybrid seeds, and pesticides. It is the value of the land that 
derives from management of the land for other ecological functions that declines more 
precipitously and, in the short-term of social experience, irreversibly for the larger public. 
Individual property rights, as currently defined, do not suffice to maintain or improve the 
ecological fiinctions that benefit the larger group or provide too little of these services. 

Ecosystems and how they operate and interact are poorly understood. Any economic or 
policy model that attempts to simulate their functions over time and space to allow for 
predictions of cost and effects is, from the outset, flawed. As Gunderson (Gunderson et al 1995, 
p. 14) has argued: "In principle, therefore, evolving managed ecosystems and the societies with 
which they are linked involve unknowability and unpredictability. Therefore sustained 
development is also inherently unknowable and unpredictable. The essential point is that 
evolving systems require policies and actions that not only satisfy social objectives, but also 
achieve continually modified understanding of the evolving conditions and provide flexibility for 
adapting to surprises. This is the heart of active regional experimentation by management at the 
scale appropriate to the question-adaptive environmental and resource management. Otherwise 
the pathologies of exploitive development are inevitable-increasingly brittle ecosystems, rigid 
management, and dependent societies leading to crises." 

A strategy for addressing the environmental problems of agricultural production that 
incorporates ecological concepts needs "flexible, diverse and redundant regulation; monitoring 
that leads to corrective responses; and experimental probing of the continually changing reality 
of the external world" (from Gunderson et al, p.26) The policies that it develops acknowledges 
the possibility, if not the probability, of failure and hence seeks to move the system toward 
sustainability—defined in terms no more detailed than the science suggests-by steps that can be 
reversed as science suggests that the path taken may fail. 

It takes a long-term perspective and broad spatial scale focus—that of the landscape, 
watershed, region, or basin (Burt, 1999, p.260). Many ecological services-such as flood water 
retention or wildlife habitat—require land-extensive management practices that will likely 
transcend individual property boundaries. The proper intervention in agriculture may not 
necessarily be directed at the individual farm, but rather at restoring an ecological service at a 
broader geographic scale than the individual farm. Thus, the spatial scope should be expanded to 
encompass a broad range of technical and institutional options to resolve the problem. 
According to Loucks (1998, p. 38), "[a] more operational view of a watershed, therefore could 
be the "problem-shed"-a region approach to the issues and problems being studied. If the 
definition is accepted, a watershed is not necessarily bounded by the hydrological, physical, or 
even political boundaries. Rather, a watershed is defined by the locations of its stakeholders who 
have an interest in one or more particular watershed management problems and who have the 
ability to address and solve them." It provides for a process through which conflicting interests 
can arrive at consensus for action at the scale appropriate to the problem (Bellamy, 1999; see 
also Brovm and MacLeod, 1996). 

The human element must be taken into account as questions of economic viability of 
communities are raised. Stakeholders and interested parties need to be involved in making the 
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decisions regarding the relative importance of objectives and tradeoffs because solutions to land-
extensive environmental problems may require extended periods of time (Burt, 1999). Local 
commitment provides for greater program continuity while regional, state, or even national 
involvement allow options to address concerns that extend beyond contiguous political 
boundaries. 

A structured approach facilitates stakeholder involvement. "Stakeholder values are key 
to the structured decision process because they identify what matters to participants and, in turn, 
highlight the consequences that require most careful attention and the tradeoffs that matter 
most." A structured decision approach to public involvement is essential in the following steps: 
fi-aming the decision, defining key objectives, establishing alternatives, identifying 
consequences, and clarifying tradeoffs (Gregory, 2000). 

The example of soil carbon is illustrative. The amount or concentration of carbon in the 
soil plays a critical role in soil quality, which in turn affects agricultural productivity. Soil 
quality affects water retention, which in turns helps reduce flood-water runoff in watersheds. 
Tilling the soil oxidizes the carbon in the soil, reducing its concentration as less is returned to the 
soil until a new steady state is reached at a lower concentrations than in its pre-agricultural state. 
In traditional agriculture, farmers who raised livestock along with crops would apply the manure 
to soils, returning thereby at least part of the carbon and nutrients to the system. Trends toward 
specialization of agriculture has witnessed the division of livestock and crop agriculture, such 
that not only is the farmer not involved in both activities, but the activities can be located a great 
geographic distances from each other. The output of the former no longer serves as the input of 
the latter in a holistic whole. 

From a public policy perspective, restoring the cycle may not necessarily entail 
reintegrating the two at the level of a specific farm. The key is to expand the scope of the 
problem definition to encompass new solutions that may be feasible only at the level of 
watersheds or larger. Farms may still specialize, but what has been a waste from livestock 
agriculture is turned into an input for restoring soils in crop production for farms located within 
the larger geographic area. Reintegration is effected by public or private institutions that provide 
quality control and otherwise reduce the transaction cost of turning a waste into a valued 
commodity. Alternatively, restoring the quality of soils may entail adoption of agricultural 
practices that put carbon and associated nutrients back into the soil, such as through no till and 
precision agricultural techniques. The byproduct of animal production may serve as an input 
into electrical energy production that in turn serves to reduce the cost of energy used in 
agriculture. The economic goal is to convert "waste" into a commodity that has value, thereby 
reducing the incentives to dispose of in a common pool resource. 

2.1 New Science Advances and Policy Analytical Tools Allow for New Approaches 

Recent advances in the science of environmental pollution and modeling tools, 
particularly for nitrogen from agricultural activities allow for more sophisticated interventions to 
address agricultural non-point source pollution (see, for example, Lakshminarayan and Babcock, 
1995; Saleh et al, 2000; Babcock et al, 1997). The new models cover the scale at which 
agriculture operates and reflect its site-specific nature and interdependence among technologies 
and landscape modifications (see, for example, Virginia Tech, 2001). Because of constantly 
changing temporal impacts, the ability to visualize the problem greatly helps in developing 
policy solutions. According to Perry and Vanderklein (1996, p. 131), the "ability to predict 
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ecological phenomena depends on the relationship between spatial and temporal patterns....as 
spatial scale increases, the relevant timescale must also increase because at larger scales 
processses operate at slower rates and have larger time lags and indirect effects are more 
important...if [they] do not expand temporal scale with spatial scale, predictions are "pseudo-
predictions." 

Many of the modeling systems and their databases have been developed in a modular 
manner to allow for substitution among models with different strengths with inputs and outputs 
connected to geographic information systems that facilitate analyses at various scales. An 
evaluation of the impacts of practices at the level of 8-digit watershed, for example, can, by 
making reasonable assumptions regarding what is occurring at larger geographic scales, be 
extrapolated to the river basins. Hence, analysts and stakeholders can visualize the relationship 
between how the management of the landscape affects nitrogen or other loadings to water bodies 
at the top of watersheds or then trace these consequences to ecological impacts hundreds of miles 
away, such as the Gulf of Mexico. Different types of databases, relating to the physical and 
political and economic worlds, have been harmonized through geographic information systems 
(GIS) polygons (see, for example Bauer, 1996). GIS in turn can be used with scanning 
technology to create high resolution land-use data sets (USGS, 1996). The result is that 
biophysical models have been dynamically linked with economic models to provide estimates of 
private and social costs of policies that encourage or constrain the adoption of a practice or sets 
of practices at the farm, watershed, regional, or national scales. Because of the spatial 
integration of databases through a GIS, even watershed level impacts, such as flood or drought 
mitigation, can be included in assessments. 

By simulating cause and effect at various spatial scales and the costs associated with the 
interventions at these scales, policy makers can estimate how prices and policy constraints affect 
technological choices and in turn the flow of ecological services. This is particularly crucial 
since the impact of the technology on the resource depends upon many site-specific variables 
that can vary widely within and across watersheds. Simulating policy impacts at various spatial 
and temporal scales greatly expand the kinds of policy options that can be evaluated. 

Furthermore, since modeling ecological processes is an emerging science, integrated 
models permit evaluation of "what-if' scenarios to identify and test critical assumptions that may 
have important influence on policy decisions-to address the inevitable problem of having to 
make decisions based upon limited scientific or economic knowledge. They also help identify 
key research and, in particular, monitoring data that need to conducted or collected in order to 
develop better policies. 

The new tools accommodate the site-specific nature of agricultural production with 
natural resource damages and also provide for a feedback mechanism between the production 
process and the value of the capital stock (CARD, 1997; Babcock and Paustian, 2001). Because 
the results of these models can be aggregated up to the national level, the impacts of national 
policy can be evaluated at a local level and conversely local strategies for managing the resource 
can be evaluated in the context of national policy. These more sophisticated watershed and basin 
level models can simulate the massive changes to the ecosystem that have been implemented to 
enable the agricultural activity. Furthermore, the linkages at various geographic scales show how 
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various assumptions regarding adoption of practices affect water quality and quantity within the 
watershed^ and downstream within the larger basin. 

For the purpose of modeling the economic and environmental impacts of policies, soils 
need no longer to be assumed to be in a steady state condition with regard to carbon and the loss 
(or gain) of associated components, such as nitrogen and phosphorus. Nor is reversibility of the 
most obvious impact on the soil assumed-that soils can regenerate the carbon that they have lost 
within a reasonable period of time-with the conclusion that the impact on crop productivity is so 
small as to be inconsequential. The magnitude of practices over time can be evaluated spatially 
for the purpose of more targeted policies to protect the productive capacity of the resource. 
Because the models are beginning to incorporate indicators of soil quality, such as tilth, which 
affect its regenerative ability and reflect its biological nature (rather than only chemical 
components), policy makers need no longer discount the important linkages with the quantity 
and quality of common property resources, such as water or air. 

Other new procedures allow for valuation of services provided society by the ecological 
functions of the greater landscape (see, for example. King, 2000; and Wainger, 2001; King et al 
2000; see also Heimlich et al, 1998). Though these approaches have almost exclusively been 
used to estimate the benefits and costs of protecting or restoring wetlands or forests, the methods 
can be applied to lands that remain in agricultural production as well. Rather than focusing 
exclusively on the benefits of restoration of natural fiinctions of a non-working landscape, the 
tools can be used to estimate the economic benefits accruing from practices that mimic 
ecological functions in a "working" landscape that continues to produce crop and agricultural 
products. Some of these ecological services include flood water retention, carbon sequestration, 
or wildlife habitat, depending upon the agricultural system that is utilized. Though these tools 
depend very heavily on large amounts of data, the greater availability of data through the internet 
over time can serve to reduce these costs. 

The individual farmer need no longer be the sole or primary focus of agricultural policy 
interventions whereupon, for the purpose of economic analysis, one assumes that he or she 
decides independently of the actions of other farmers whether or not and how much to pollute. 
In many drainage districts in agricultural watersheds, particularly in the midwestem combelt, 
where complex drainage systems make possible agricultural production by farmers who 
independently own or manage the land, farmers must maintain their sections of drains. Failure to 
maintain a subset of the system affects the functioning of the whole. The most effective 
techology to reduce pollution from an individual farm would affect the production potential of all 
the farms because it could affect how much and how quickly the entire system drains. The 
system can be imagined as a system of quasi-independent factories all of which are connected to 
the same smokestack. The solution to pollution in these cases may be to affect what comes out 
of the shared smokestack, such as through construction of artificial or restored wetlands at the 
terminus of the drainage system before runoff enters surface waters (Kovacic, 2000; Woltemade, 
2000). 

There are a numerous recent examples of landscape-scale management efforts that 
provide a variety ecosystem services. In some areas, the service may entail managing the water 
table to protect water quality and to mitigate floods and droughts (see, for example, Schultz et al, 
1995; Isenhart et al, 1997). Wetlands have been integrated into landscapes to capture 

^Well-documented examples of how location of a disturbance within a watershed can affect 
water quality are given by Bormann and Likens [1985] or Hombeck et al, 1987]. 
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agricultural runoff. But with few exceptions, there have been few examples of private markets 
involving the ecological services of the agricultural landscape. A rare illustration of the latter, 
though narrowly focused on the objective of drinking water quality, is New York City's purchase 
of services from agricultural landowners in the watershed that supplies the city's drinking water 
supply (Chichilnisky and Heal, 1998). Entering into agreements to restrict activities that might 
threaten water quality represented a savings in costs from the alternative of constructing a new 
filtration plant. 

2.2 Putting It All Together: Economic Incentives for Working Landscapes 

There is an extensive literature describing the fundamentals of an ecosystem approach to 
environmental problems. The concept is known by many names, including integrated resource 
management, ecosystem management, integrated catchment management, and integrated water 
management (Laane and Lindgarrd-Jorgensen, 1992; Margerum, 1997) and is defined in many 
ways (Burt, 1999). In nearly all cases, examples have been government-funded projects. 
Scarce, however, are descriptions of policies for implementing or encouraging an ecosystem 
approach in managing agroecosystems or for effectively achieving proper valuation of ecosystem 
services within an agroecosystem (Simpson, 2000). Even rarer are examples of where these 
policies have been implemented and how they have fared. 

Most examinations detail what needs to be done and who should do it, which generally 
assumes that various levels of government will propose or advance regulatory and voluntary 
goals and targets and then enact and coordinate regulatory policy to achieve these ends (Laane 
and Lindgarrd-Jorgensen, 1992). Though technical instruments and policy issues pertinent to an 
ecosystem approach have been articulated, effectuation of policies to implement the approach for 
a sustained period of time is either rare or has occurred on a local scale in such a way that 
hinders its generalizability to the nation as a whole (see Crouzet et al, 2000.). 

An alternative policy strategy for implementing an ecosystem approach [Here we use the 
term in a broad sense that posits the integration of biophysical and social sciences, as defined by 
Perry and Vanderklein, 1996] uses market-incentives and contracts for services of the "working 
landscape." The working landscape approach employs these key elements: 1) the use of 
comprehensive, integrated biophysical and economic models at the farm, watershed, regional, 
and national scales that can predict and quantify a multitude of benefits of farm and landscape-
management practices; 2) a set of policies to encourage the development of markets in ecosystem 
services; and 3) the coordination or harmonization of government policy at various levels to 
facilitate these markets. An institutional structure is encouraged at the proper spatial scale in 
order to encompass the set of stakeholders necessary for coordination, development and 
implementation of the approach. Furthermore, the concept accepts a principle of the economic 
theory of federalism that states that economic efficiency in the provision of public goods is 

^Working Landscapes is a term used by a coalition of groups in the Rural U.S. Midwest and 
includes federal, state, non-profit organizations, and agricultural interests that stresses the multi-
fiinctionality of the agricultural landscape. At the same time, it takes into account ecological 
needs, culture, and economics in a holistic way that conforms to a broad definition of ecosystem 
approach. The group seeks to wed the production and protection of the working landscape 
through the implementation of profitable approaches utilizing the functions of the natural 
landscape to solve both economic and environmental needs (Franz, 2001). 
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generally best served by delegating responsibility for the provision of the good to the lowest 
level of government that encompasses all the associated benefits and costs (Shortle, 1995). 

The services entail adoption of agricultural practices or landscape-scale management that 
can be shown by a variety of approaches, including simulation modeling, to reduce the costs of 
meeting existing services. The analytical tools discussed previously allow expression, over 
various geographic temporal scales, of the damages of costs avoided in stochastic terms. This 
provides a means for comparing costs and benefits of policy alternatives using a common metric. 
The role of government role recedes to that of defining property rights, informational and data 
management support, and oversight and enforcement of the public interest—ensuring that the 
proper market signals are transferred to producers and land managers. 

An ecosystem approach based upon market-incentives to protect the common pool 
resource recognizes the capability of agricultural land and the watershed in which it is located to 
provide cost-effective services to urban interests, downstream users of the common pool 
resource, interests physically located in floodplains, as well as far-away interests who share in 
the benefits of the resource or resources (Manale, 2000). The use of economic incentives 
provided by the market-place allows for decentralized flexibility that can achieve greater 
economic efficiency, critical in dealing with diffuse sources of pollution (Stewart, 1987;Costanza 
et al,1997, p. 192-203; Baumol and Gates, 1975.). 

Though environmental performance contracts exist now, such as the ten-year contracts 
of the Environmental Quality Incentive Program established by the 1996 farm bill or the green 
payment programs in the EU (Crouzet, 2000 ), the buyer of the service is exclusively 
government and depends upon continuation of the government program to maintain the funding 
for the service. In the U.S., the effectiveness of the program has been handicapped by annual 
appropriations which have been set far below demand (USDA, 2000). There is also concern that 
the success of the program could be hampered by uncertainty regarding the long-term 
continuation of the program, causing farmers to rethink the value of investing in the necessary 
technology. 

Because efforts to value ecological services are meaningful only in the context of policy 
actions, valuation of the services occur for the purpose of answering the following question: 
"What is it worth to us (or how much do we save) in having the land managed in an alternative 
way?" The valuation of the service is not an exercise in economic estimation of its relative 
worth to society, but strictly whether or not it is relatively more valuable than an alternative 
option. Furthermore, the amount of data necessary for the evaluation is that which suffices to 
make a relative comparison. Hence, a full accounting of services and their costs and benefits 
may not be necessary if a simple model using data readily available provides sufficient precision 
to differentiate between options, particularly options involving restoration or rehabilitation of a 
landscape function versus the status quo. The goal is not to compensate for land manager or 
managers for all the ecological services that the land provides or the quantified value of the 
reduction in ecological damage (if that value were even able to be estimated); rather it is to 
provide the minimum financial inducement such that land managers adopt the practice that 
provides an ecological benefit equaling or exceeding its costs. 

In many cases, the option against which to compare is the investment in structures to 
minimize damages from deteriorating ecosystems or avoidance of the costs associated with 
meteorological events. This because the costs to society of floods and droughts tend to be so 
great—and the structures necessary to reduce these risks so costly—that any agricultural practice 
that reduces these costs and restores ecological functions will likely compare favorably. 
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The models are used to identify and define the change from "wholeness," the set or 
vector of ecological services that were modified in converting the land to agricultural use. The 
objective of policy is to restore or mimic the extent of the service or services that was lost at the 
lowest cost by establishing the proper economic signal to landowners or producers to adopt the 
practices or land management systems that provide the service. Because the objective of this 
policy approach is to provide local stakeholder involvement, a market in services (or trading) is 
only likely to be feasible if there is a net gain for the buyers of the service in terms. A regional 
or national authority may decide to contribution to the cost of the trade so as to increase the price 
signal to suppliers of the service if public outside of the scope of the immediate trading area also 
economically benefit. 

Graphically visualizing tradeoffs and forcing the explicit statement of key scientific and 
economic assumptions are critically important since the science of ecology is continually 
advancing and our ability to predict limited. Establishing what is essentially a policy baseline 
allows for evaluation of interventions over time to discover what works and what does not, for 
identification of research gaps and data needs, and for a framework for building social consensus 
on policy where uncertainty and unknowability predominate. 

The focus on services to local and regional interests increases the likelihood of sustained 
performance. Encouraging the involvement in the market by owners of contiguous lands 
expands the kinds and values of the services that are provided. Groups of farmers or landowners, 
for example, either themselves or brokered through third-parties, such as government or even 
insurance companies, are encouraged to form consortia to provide the services to private entities 
and quasi-governmental agencies, such as sewage treatment plants, drinking water purveyors, or 
even energy companies (see, for example, Donnelly, 2000). 

Similarly, potential beneficiaries, public and private, could, either individually or 
collectively in the form of consortia, bid on the rights—or options—to use specified agricultural 
lands or to specify the system of agricultural practices that are used to produce agricultural 
goods. The value of the bid depends on the array of array of ecological services that the lands 
could potentially provide, which in turn depends upon the pool of land put up to bid, its inherent 
characteristics, and its spatial features, including its "completeness," that is absence of holes in 
the covered landscape. Beneficiaries potentially supplement other interests' bids to rachet up the 
set of practices and hence the system of services that the landscape provides. Again, the role of 
government in facilitating these new markets is to define the commodity (in reality, "service") 
that is traded, clarify property rights, represent public interests where the interests of society at 
large are at stake, and to either monitor and enforce agreements or oversee the conduct of the 
latter through disinterested third parties. In so doing it reduces uncertainty and hence the costs of 
transactions and thereby the scope of the market. 

Identifying the proper unit of organization to supply the service that addresses the 
problem in a cost-effective manner is key. Rather than the traditional focus on the individual 
land owner or farmer, a higher organizational unit, such as a drainage or flood district, may more 
appropriately be targeted as the potential supplier of the service. Nitrogen, for example, can be 
prevented from reaching water bodies by constructing or restoring wetlands at key junctures 
where drainage systems reach rivers or streams (Vitousek et al, 1997). Yet the success of 
constructed wetlands to protect the resource requires cooperation of each member of the drainage 
district, not just to provide the necessary conditions, but also to address the free-rider problem 
whereby other farmers cannot be excluded from the benefits provided by farmer or landowner on 
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whose land the wetlands are constructed. Hence, the parties to a contract for water quality 
would involve the drainage district and a supplier or user of the resource. 

The strategy is not meant as a substitute for regulation. It would not work in watersheds 
or problemsheds where the value of environmental services to local or regional stakeholders 
either cannot be established or where the monetizable value of the service does not exceed the 
economic value derived from continuing existing agricultural management practices. In other 
words, the transformation of natural capital appears to result in society being "better off," in lieu 
of scientific evidence to the contrary. Instead it serves to reduce the expected costs of natural 
events, such as floods and droughts; of complying with existing regulation, through such means 
as preventing the pollution that otherwise must be treated; serving as a sink for pollution that 
otherwise would have been emitted, such as greenhouse gases; or of providing social amenities, 
such as wildlife habitat. It also services to direct focus on practices that provide a multitude of 
environmental benefits, though small individually, rather than a single benefit that, alone justifies 
implementation. In this way, it complements existing regulatory and incentive-based efforts. 

2.2.1 Harmonizing federal policy with ecosystem protection 

National policy designed to support farm incomes can impede, if not thwart, 
environmental policy if it creates incentives to overuse inputs and natural resources in the 
production of agricultural commodities (Browne et al, 1992). The higher the commodity price 
support payments, the higher the hurdle for any economic incentive program for managing the 
landscape in an ecologically sound manner. Recent trends in the European Union and, until 
recently, in the United States have seen the decoupling of support payments from crop 
production and shift to a greater portion of farm income for green services (European 
Environment Agency, 2000). Such trends need to continue if successfully working landscapes 
that provide ecological services are to become a reality. 

Government programs, particularly at the national and state level, should reward good 
stewardship, encouraging the adoption of practices and management systems that restore 
ecologic ftinctions and rehabilitate the land and landscape. Rather than encouraging the overuse 
of soil resources, government programs should reward the provision of ecologic services that 
benefit the economy locally and the environment globally. Property rights should be clarified to 
facilitate market-based approaches, where feasible, and provide for greater economic efficiency 
given the changing structure of agriculture. They should be consistent with or even encourage 
the institutional structure for collective action to restore the ecologic ftinctions of landscape or to 
manage animal waste in an environmental sound manner where individual initiative alone is 
unlikely to achieve the environmental results. 

2.2.2 Creating demand 

For some services, the role of government may be in creating demand for the service 
(CRS, 1998). Thi may entail imposing a limit to ambient concentrations of the pollutant in a 
resource, establishing rights to emit the pollutant, and allowing trading of the rights (see also 
USEPA. The European Directive on Nitrates is one example in this regard; the United States' 
Clean Water Action Plan and the setting of TMDLs (Total Maximum Daily Loads, numerical 
ecological standards for pollutants in watersheds) under its Clean Water Act is another (CRS, 
2000b). TMDLs serve to increase demand to reduce total loading of pollutants, such as nitrogen 
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and phosphorus into watersheds. Strict state or national drinking water standards are another. 
For agriculture, government can also help create demand for its services by recognizing a 
property right to one or more characteristics of the land, such as soil carbon, and the conditions 
under which the right can be established, including who monitors and how measurements can be 
made. In other cases, such as where upland agricultural land is used to store runoff to prevent 
downstream flooding, it is establishing the limits of liability. 

Establishing, for example, a market in carbon by setting a limit on carbon emissions for 
the purpose of mitigating climate change, and allowing a trade in this new commodity may 
increase the incentive to invest in this resource (ELI, 1997). To the extent that agricultural 
practices (such as conservation tillage which increases the carbon content of soil) that assist in 
the maintenance of this component of the resource provide other ecological services of the larger 
landscape-such as clean water-, then this expansion of the marketplace can help solve the 
common pool resource dilemma. 

National agricultural farm or commodity-support policy can also serve to create demand 
for services either directly by purchasing services, providing matching grants for services, or 
indirectly by reducing their cost through subsidies of flood or crop insurance that are coupled 
with environmentally sound practices. For example, the Conservation Reserve Enhancement 
Program established under the Federal Agricultural Income Reform Act (the Fair Act) that 
provides matching grants to regional or local authorities for targeted conservation improvements 
could be expanded and broadened in scope to cover a multitude of ecological services that 
agricultural land can provide (CRS, 1998). Other federal programs, such as federal disaster 
assistance or federally-subsidized multiperil insurance can be made contingent upon local 
programs that reduce the likelihood of flood or drought disasters by landscape-scale restoration 
or management programs. 

Federal support for agricultural land preservation programs, such as the Farmland 
Preservation Program under the 1996 Fair Act, could be expanded to include lands that provide 
ecological services. Maintaining agricultural land near urban areas subject to flooding could 
provide flood storage benefits. Alternatively the land could be managed to mitigate the impacts 
of drought by protecting groundwater recharge zones and being maintained in a manner to 
encourage percolation (Tourbier, 1994). 

2.2.3 Defining the Commodity That Is Traded and Clarifying Property Rights 

The new models that can simulate complex relationships between agricultural land 
management practices, economic costs, and environmental impacts also allow for 
commoditization of services, and hence the possibility of new markets. Markets, however, 
require clarity regarding property rights to what is traded. Government needs to define what is it 
that is traded with the use of these models; help establish who owns the product of the services; 
as well as who is liable for nonperformance of service and the extent of liability in many cases; 
and establish conditions for monitoring and enforcement where the primary beneficiary of the 
service is the public. 

Redefining property rights can also help shift the burden of complying with 
environmental regulations upon the entity within the agricultural production and distribution 
system better able to pass costs onto consumers. In the case of confined livestock operations, for 
example, according to Zilberman (2001) "[s]hifting the liability to integrators [The integrator is 
the livestock processor who contracts with growers to raise the animals for later slaughter.] will 
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lead to more investment in waste management technologies and eventually adoption of 
alternative technologies." 

Defining the commodity or service that is traded is complicated because, unlike the crops 
that are grown that are readily measurable, the ecological services provided by farmland and the 
larger landscape cannot be easily quantified. Ecological services are not like bushels of com, 
discrete items or set of items that can be clearly and unequivocally measured, given agreement 
on how measurement will occur. Even the carbon, for instance, in a discrete plot of soil is not 
likely ever to be actually traded for the purpose of meeting international or even domestic 
commitments to reduce greenhouse gas emissions. Indeed, what is traded is generally the 
promise of the performance of a service or services whereby soil quality is increased—which may 
entail sequestering carbon in soils and maintained there for a given period of time--, the land is 
managed to reduce the possibility of downstream loadings of pollutants, the landscape is 
managed to provide wildlife habitat and increase ground water recharge, and the watershed is 
managed to retain water and reduce the likelihood of downstream floods and droughts. The 
service involves using agricultural practices that have been scientifically shown to mimic or 
restore natural ecological fimctions. The precision of the measurement that is important to 
trading relates to the ability to predict the quantity of product, or stock, provided by the service at 
a given point in time and within a given quantity of land. 

3. EUROPEAN UNION APPROACHES 

The European Union suffers from similar problems as the United States with excessive 
loadings of nutrients into the environment from agriculture (Manale, 1991; Crouzet, 2000). 
Since the late 1980s, the European Union has been reforming their farm support policy under the 
Common Agricultural Policy (CAP), which, similar to that of the United States, provided output-
related support, towards area-based payments and payments for environmental services. In 
1996, 3% of total farm-support spending under the CAP was spent on encouraging the 
production of environmental goods or reducing the negative impacts of agricultural production. 

In 1991, the European Union promulgated a directive that establishes limits on nitrogen 
that can be emitted into the environment from agricultural activities (EU, 1997). Member states 
are required to establish programs to protect waters affected by nitrate pollution. Few have 
complied (EU, 1997). 

Nevertheless, individual member states have implemented programs that show promise. 
For example, in the United Kingdom, agri-environmental policy has been implemented under a 
"management agreement" model (Hanley, 1999) whereby society must compensate farmers for 
any opportunity cost associated with environmental outputs (that is, increased cost or foregone 
profit associated with reducing a negative impact or with providing an environmental service). 
Since farmers implicitly have the right to use agricultural production practices that are the most 
profit-maximizing, society must pay for environmental goods if they entail additional expense. 
The payments may vary from area to area and target the prevention of environmental degradation 
or the improvement of environmental quality. 

The success of the program has yet to be definitively evaluated. Nevertheless, economic 
cost-benefit studies suggest that the benefits have exceeded the social cost. The manner in which 
the benefits were established in most cases, however, is known to result in overestimates. 
Furthermore, improvements in environmental quality cannot be easily disentangled from reform 
of the Common Agricultural Policy, the EU-wide system of agricultural support. 
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APPENDIX 

Abbreviations and 
Units of Measure 

Abbreviations 

AWC = available water capacity 
BMP = best management practices 
CEC = cation exchange capacity 
C:N = carbon-.nitrogen ratio 
CRP = Conservation Reserve Program 
DOC = dissolved organic carbon 
EC = electrical conductivity 
g /m ̂  /yr = gram per square meter per year 
GHGs = greenhouse gases 
GT = gigaton = petagram = 1000 MMT 
GWP = global warming potential 
ha = hectare 
IPCC = intergovernmental panel on climate change 
kg = kilogram 
m = meter 
Mha = million hectares 
mmhos/cm = millimhos per centimeter 
MMT = million metric tons = Tg 
MT = metric ton = 1000 kg = 1 Mg 
MT/ha = metric ton per hectare 
MWD = mean weight diameter 
N = nitrogen 
NPP = net primary productivity 
Pg = petagram = 10 15 g = 1000 MMT = GT 
ppbv = parts per billion by volume 
ppmv = parts per million by volume 
ppptv = parts per trillion by volume 
RMP = recommended management practices 
SIC = soil inorganic carbon 
SOC = soil organic carbon 
SON = soil organic nitrogen 
SOM = soil organic matter 
Tg = teragram = 10 12 g 
USD A = United States Department of Agriculture 
WRP = Wetland Reserve Program 
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APPENDIX 

Units of Measurement 

Metric (SI) multipliers 

Prefix Abbreviation Value 
Exa 
peta 
tera 
giga 
mega 
kilo 
hecto 
deka 
deci 
centi 
milli 
micro 
nano 
pico 
femto 
atto 

E 
P 
T 
G 
M 
k 
h 
da 
d 
c 
m 
m 
n 
P 
f 
a 

10 "* 
10'^ 
10'^ 
10" 
10^ 
10^ 
10^ 
10' 
10-' 
10-^ 
10-^ 
10-* 
10-' 
10-'^ 
10-'^ 
lo-'" 



509 

SUBJECT INDEX 

abiotic factors controlling nitrogen 
removal, 197 

abiotic in situ denitrification, 446 
accounting for all nitrogen sources, 36 
acidification of freshwaters, 321 
acidification, 306 
actinomycetes, 27 
acute respiratory infection, 75 
aerial images, 351 
afforestation, plan for, 203 
agricultural land, 256, 306 
agricultural management practices, 

effect of nitrogen transport, 164 
agricultural nitrogen cycle, 294 
agricultural policy, 489 
agricultural practices, 37-39,130 
agricultural production, 480 
agricultural sources, 173 
agricultural systems, 123,129 
— nitrogen in, 391 
agricultural-chemical use, 124 
agro-ecosystems, 465 
alanine, 46 
alfalfa, 95,104 
algae, 35 
algal blooms, 149, 236 
algal growth, 183 
alluvial aquifers, 133 
amino acids, 67 
ammonia, 212, 255, 291,433 
— absorption, 296 
— emissions, 263, 291 
— exchange between soil, plants and 

atmosphere, 295-298 
— global emissions, 298, 299 
— loss, 295 
— loss from pastures, 265 
— toxic effect on freshwater aquatic 

life, 149 
— volatilization from flooded rice, 297 

— volatilization from surface residues, 
297 

— volatilization, 19,258,313, 352,401 
ammonium (NH4^), 255,416 
— fertilizers. 111 
— ions, 19 
anaerobic conditions, 153 
anaerobic systems, 457 
analytical approaches to nitrogen 

management, 470 
anhydrous NH3,19, 20 
animal excreta, 300 
animal feed, 257,258 
animal housing systems, 269, 272, 279 
animal manures see under manures 
animal metabolism, 263 
animal products, 257 
animal protein, 255, 256, 280 
animal wastes, 433 
— management, 293 
anion exchange, 458 
anoxia, 234 
antimicrobial action of nitric oxide, 80 
antioxidant effects, 79 
aquatic ecosystems, 151 
aquatic environment, 184 
aquatic systems, 34,216, 303 
— eutrophication of, 306 
aquatic vegetation, 232 
aquifer system 
— schematic of, 30,31 
— structure of, 30 
aquifers, 30,124,156 
— age-dating technology applied to, 

125 
arable land, nitrogen loss from, 184 
Arachis hypogaea, 52 
arginine, 46 
artificially drained soil, 11 
assimilation of inorganic nitrogen, 153 



510 Subject Index 

atmospheric additions, 37 
atmospheric ammonia, 295 
— concentrations, 296 
atmospheric deposition, 152,163, 258 
atmospheric enrichments, 207 
atmospheric feedbacks, 321 
atmospheric N2, fixation of, 292 
atmospheric nitrogen, 173 
— deposition, 215, 312 
atmospheric nitrous oxide, 322 
atmospheric sources, 212 
atmospheric transport and deposition, 

207 
autoimmune disease, 81 
autotrophic denitrification, 441 
available soil nitrogen, 37, 39 
Avena sativa, 47 

Baltic Sea, 221 
barley, 47,106,295,420 
base cations, 317 
basin area, 149 
basin parameters, 149 
behavioral patterns in management, 464 
benthic algae, 233 
benthic organisms, 225 
benthic primary producer response to 

nitrogen in shallow systems, 232-236 
benthic producers, 209 
benthic sediment, 162,167 
best management practices, 339, 391, 

401 
Beta vulgaris, 52 
biological denitrification, 439,440 
— in situ, 443^45 
biological fixation, 292 
biological nitrogen fixation, 8, 36, 27, 

258, 293, 312 
biological treatment for nitrate removal, 

457 
bioreactors, 440 
biotic factors controlling nitrogen 

removal, 198 
birth defects, 76 
blue baby syndrome, 72 
bluegrass, 104 
Boston Harbor 214,220,221, 231 
brain tumors, 86 
Brassica napus, 51 
Brassica phaecelia, 340 

buffer strips, 341 

calibration procedure, 406 
cancer, 9,81-86 
— childhood, 86 
— esophageal, 85 
— gastric, 84 
— nasopharyngeal cancer, 85 
— risk, 81 
— stomach, 84-85 
carbon adsorption filters, 435 
carbonate aquifers, 133,137 
carcinogens, 65,84 
catabolism, 69 
catchments, 193 
cation exchange capacity (CEC), 21, 22, 

296 
cations, 317 
cattle and grains system, nitrate 

concentrations in, 136 
cellulose, 27 
Census of Agriculture, livestock 

numbers from, 130 
center pivot irrigation, 397 
center pivot sprinkler, 402 
cereals, 45 
channel length, 149 
Chesapeake Bay, 208, 222, 235 
— watershed, 158 
chlorophyll meter sensing, 351-352 
chlorophyll response to nitrogen loading 

and concentrations, 216-219 
clay soil, 112 
climate, 156 
— cycles, 101 
— data, 397 
— patterns, 467 
coastal ecosystems, 208 
coastal marine systems, 207 
coastal marine waters, 150 
coastal nutrient budgets, 214 
coastal problems, 240 
coastal systems, 210,224,238 
combustion of fossil fuels, 292 
commercial fertilizers, 17, 371 
commercial nitrogen, 466 
common pool resource, 480 
composting, 274 
computer simulation and decision 

support models, 392 
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computer software, 374, 384 
— for livestock manure and nutrient 

management in the USA, 371 
— technologies, 371 
computer-assisted decision tools, 354 
confined animal operations, 402 
conifer species, 322 
conservation tillage, 38 
contaminated drinking water, 439 
contamination, 433 
continental shelf 219 
continuous corn plots, 104 
control of nitrate sources, 10 
controlled drainage, 115 
conventional till, 413 
corn, 45-47, 95, 296 
corn grain, amino acid balance, 46 
corn grain oil concentration of, 47 
corn hybrids, 46 
corn-soybean rotations, 105 
cost-benefit studies, 495 
cropping systems, 98,104-107,116, 393 
crops 
— canopy reflectance, 350 
— cover crops, 38,107 
— growth, 335 
— nitrogen deficiency, 351, 400 
— nitrogen fertilizer input 

requirement, 342 
— nitrogen needs, 49, 335, 372 
— nitrogen status, 349 
— nitrogen uptake, 39 
— production, 292, 335 
— residue carbon, 27 
— residue, 293 
— rotations, 53,467 
— types in Europe, 184 
— uptake, 127 
— yield, 340 
cyanosis, 72 
cytotoxic effects, 79 
cytotoxicity, 81 

dairy production, 262 
data acquisition, 376 
— challenges, 379 
data requirements, 371 
databases, 371, 395 
— geo-referenced, 398 
DAYCENT ecosystem model, 413,414 

— application, 420 
— conceptual diagram of, 415 
— validation, 418 
dead zones, 11, 226 
deciduous tree species, 322 
decision-making, social research on, 464 
decomposition rates, 416 
Delaware Bay, 221 
denitrification, 7, 20, 21,128,197, 258, 

267,300, 321, 352,417, 425, 433 
denitrifying bacteria, 273 
denitrifying walls, 445 
deposition rates, 321 
developing countries, diets, 70 
diabetes, 9 
diatoms, 238 
dietary exposure, 82 
dietary nitrate and nitrite, 85 
dietary protein 
— intake, 70 
— sources of, 68-69 
digestive enzymes, 260 
dinoflagellates, 209 
— "red tide", 236 
discharge, 149 
disinfection, 441 
disproportionality, 466 
dissolved NO3", 31 
dissolved nutrients, 23 
dissolved organic carbon, 129 
dissolved organics, 128,149, 209, 212, 

225 
distillation, 435, 438, 455 
DNA alkylation, 65 
— and transcription, 76 
domestic animal populations, global, 

299 
drain spacing, 117 
drainage, 95 
— area, 148 
— density, 148 
— flow volume, 99,115 
— pattern, 148 
— subsurface, 96, 98,158 
drainage water, 105 
— quality, 318-321 
— nitrate in, 318 
drinking water, 149,433,455 
— contaminated, 439 
— European standards, 433 
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— Standards, 125 
— wells, 434 
dry bean, 106 
dry millers, 47 
dung beetles, 27 
dung patches, 267 
dung, 255 
— gaseous nitrogen loss from, 265 

earthworms, 27 
ecological consequences of silicate and 

nitrogen in coastal marine systems, 
207 

ecological effects, 12 
ecological responses, 212 
economic inventives, 490 
economic viability, 486 
ecosystem acidity, 12 
ecosystem approach to 

agroenvironmental problems, 485 
ecosystem protection, 493 
educational programs, 13 
electrical conductivity, 344 
electrodialysis, 433,436 
elevated nitrogen deposition, 314, 317, 

319 
emissions 
— from autos and industry, 14 
— standards, 484 
energy needs of the body, 69 
enrichment, 217, 240 
environmental costs, 480 
environmental degradation, 13 
environmental effects, 4 
environmental impacts of policies, 489 
environmental problems, 356 
— of agricultural production, 486 
environmental quality, 479 
environmental stewardship, 335 
erosion, 24-25 
essential amino acids, 46, 67, 256 
estuaries, 207, 212, 232 
— ecology of, 224 
— excess nitrogen in, 8 
— water quality of, 147 
ethical concerns, 472 
European agriculture, nitrogen 

consumption in, 184-186 
European catchments, 321 
— nitrogen sources in, 184 

European rivers, nitrogen concentration 
and trends in, 186-188 

European streams, rivers and lakes, 183 
eutrophic conditions, 226 
eutrophication, 149, 208, 233 
— of aquatic systems, 306 
evapotranspiration, 98,401 
excess nitrogen 
— in estuaries of the oceans, 8 
— in rivers, lakes and ground water, 8 
excreted nitrogen, 28, 268 
external data, 376 

fallow field, 421 
farming intensity, in Europe, 184 
farming, organic, 340 
fate and transport of nitrogen, 17 
feed digestion, 259 
fertilization practices, 26 
fertilization, 209 
fertilizer ^H 26 
fertilizer nitrogen, 102, 293 
— consumption, 88, 371 
— inputs, 36 
— leached, 113 
— use efficiency, 49 
fertilizers, 27, 258 
— recommendations, 382 
— use in the US, 150 
— use, trends in, 5-6 
fertilizing crops, 39 
fescue, 106 
Festuca pratensis, 106 
fetal death in cows, 76 
fetal methemoglobinemia, 76 
field data, inputs of, 400 
filter strips, 39 
fine roots, turnover of, 322 
fisheries, collapse of, 242 
fixation of atmospheric N2, 292 
food and feed imports, 153 
food production, 12 
food treatment, 79-80 
food web, 209, 240 
food 
— human needs for, 65, 66 
— improper storage or handling of, 72 
forage digestibility, 56 
forages, 28, 55-56, 258 
forest biomass in North America, 323 
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forest ecosystems, 311 
forest growth in Sweden, 323 
forestlitter, 311, 323 
forest nutrient cycling, 311, 314 
forest soils, 321 
forest streams, 321 
forested catchments, stream nitrate 

concentrations in, 319 
forested watersheds, 165 
forests, 158, 212 
— higher latitude, 324 
— temperate and boreal, 311 
— tropical, 311 
fossil fuel combustion, 12,150, 292,414 
freshwater ecosystems, 150 
freshwaters, acidification of, 321 
fungi, 27 
furrow irrigation, 402 
future policies and practices, 13 

gaseous losses, 29 
gaseous nitrogen emissions, 256 
gaseous transformations, 19 
gaseous transport of nitrogen, 292 
geochemical processes, 149 
geographical information systems, 374, 

392 
geo-referenced databases, 398 
global climate changes, 14,157 
global human population, 280 
Global Positioning Systems (GPS), 336 
global warming, 157 
glutamic acid, 46, 48 
glutamine, 48 
gluten, 48 
Glycine max. Merr., 52, 95 
glycine, 46, 48 
grain, 45 
— production, 12 
— protein, 46, 47, 50 
— quality of, 47 
— yield, 47 
grass-alfalfa mix, 104 
grasslands, 268 
— nitrogen-limited, 306 
grazing, 28 
grazing animals, 256 
— role of, 27-28 
green payments, 484 

greenhouse effects, 420 
groundwater, 29, 31,123, 406, 455 
— contamination, 433 
— excess nitrogen in, 8 
— forms of nitrogen in, 124 
— pollution, 471 
— quality, 8,25,124 
— recharge, 198 
— samples, 131 
— susceptibility to contamination, 132, 

134 
— vulnerability to nitrogen, 126-135 
groundwater nitrate, 76,139 
groundwater nitrite, 76 
Gulf of Mexico, 11, 96, 225, 392 
— hypoxia in, 10 

hairy vetch, 340 
health issues, 9 
health risks, 75 
Helianthus annum, 51 
hemicellulose, 27 
heterotrophic denitrification, 440 
heterotrophic microbes, 417 
heterotrophic nitrification, 5 
high nitrogen losses, 401 
high runoff potential, 22 
historical perspective of the nitrogen 

cycle, 3 
hogs system, nitrate concentrations in, 

136 
Hordeum distichum, 106 
Hordeum vulgare, 47,295 
horticultural crops, 340 
Hudson River, 231 
human activities, 163 
human consumption, 293 
— water for, 435 
human health, 9 
human populations, 216, 256 
human sources of nitrogen, 162 
human survival and health, 66 
human wastes, 151 
humans, total intake and loss of 

nitrogen by, 65 
humus formation, 323 
hydraulic load, 162 
hydrological time lag, 194 
hyporheic exchange, 162 
hypotension, 78 
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hypoxia, 10, 96, 225,231,240,392 
— in the Gulf of Mexico, 10 
hypoxic threshold, 231 

immobilization, 5 
— definition, 153 
— of soil nitrogen, 19 
immune responses, 83 
immune stimulation, 84 
immune system effects, 81 
incentive-based approaches, 484 
infection, prevention of, 80 
inflammatory response, 83 
information technology, 479 
inorganic nitrogen, 186, 322, 346 
— soil tests, 348 
internal nitrogen cycling, 311 
Internet, utilizing the, 387 
ion exchange, 433,437,457 
irrigated agriculture, 402 
irrigated corn, 413 
irrigated cropland, 131,139 
irrigated silage cropping, 413 
irrigation, 46 
— impacts on groundwater, 130,131 
— of meadows, 200 
— schedules, 340 
— water, 37,131 
isotopic techniques, 295 

karst bedrock, 158 
karst terrain, 159 
kernel protein, 48 
kwashiorkor, 70 

lakes, 212, 223 
— excess nitrogen in, 8 
— nitrogen removal in, 195-197 
— pollution in, 372 
— water quality of, 147 
land use, 13, 420 
— changes, 139,168 
lattice data, 472 
leaching loss of nitrogen, 103 
leaching, 25, 27,116, 352,406 
— ofNH4-,31 
leaf and canopy greenness, 350 
leaf litter, 314 
legumes, 337 
leucine, 46 

lignin, 27 
linoleic acid, 51 
litter decomposition, 316 
litter nitrogen pools, 311 
Little Mackenzie watershed, 472 
livestock, 28 
— buildings, 302 
— farming systems, 255, 279, 280 
— farming systems, gaseous nitrogen 

losses from, 258, 259 
— feces, 256 
— feeders, 47 
— manure, 127,173 
— producers, 371 
— production, 127,139,482 
— wastes, 88 
lysine, 46 

macroalgae, 232 
macropore flow 139 
macrotidal, 217 
major aquifers of the United States, 124 
management of spatial data, 375 
manures, 17,27, 337,371,381 
— animal, 150,293, 356, 371, 372 
— application to European agricultural 

land, 186 
— applied to soil, 276 
— fresh, 273 
— heaps, 273 
— management, 109, 269,279, 371 
— nitrogen, 36 
— stacked, 272 
— storage, 257, 258, 269, 279 
marasmus, 70 
marginal land, 481 
marine coastal systems, 223, 232 
marine loading in coastal waters, 207 
market forces, 13 
market incentives, 490 
market structures, 465 
mechanical filters, 435 
Medicago sativa, 95 
membrane reactor, 441 
membrane technology, 456 
metabolic pathways and protective 

mechanisms, 73-74 
methane, 322 
methemoglobin, 71 
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methemoglobinemia, 9, 71,149,391,434 
— susceptibility to, 73 
microbial assimilation, 127 
microbial fermentation in the 

gastrointestinal tract of poultry, 262 
microbial processes, 425 
microplankton, 236 
microtidal, 217 
milk and meat for human consumption, 

256 
mineral nitrogen concentration, 414 
mineralization, 5,116,311 
— ofNH4^19 
— of soil organic matter, 103 
Mississippi River, 227 
mitigation of gaseous nitrogen losses, 

280 
mobilization of soil nitrogen, 19 
models, 224 (see also DAYCENT) 
— applying to field situations, 392 
— adaptation and calibration, 395 
— calibration, 400 
— interpretation, 400-402 
— limitations, 400 
— nitrogen management, 406 
— nutrient leaching, 190,191 
— scaling-up, 400 
— selection, 392 
— validation process, 395 
modeling, 212 
— nitrogen management, 391 
— nutrient loss potential, 387 
multiple cropping, 341 
municipal and industrial wastes, 153 
mycorrhizal species, 322 

N2 gas, 29 
N2O see nitrous oxide 
Narragansett Bay, 214 
nasopharyngeal cancer, 85 
nearest neighbor analysis, 471 
net primary production, 315,413 
neurotransmission, 79 
nitrapyrin. 111 
nitrate, 9, 65, 212,433 
— concentrations, 136,137,187 
— concentrations in rivers, 97 
— concentrations, temporal factors in, 

125 
— contamination, 133,433 

— levels, 124 
— fertilizer, 424 
— in drainage water, 318 
— in drinking water, 434 
— in food, 72 
— in the diet, effects of, 71-76 
— leaching, 29, 33, 323 
— losses, 95, 99,112 
— movement, 32 
— outputs, 323 
— pollution, 183 
— removal, 455 
— sensitive areas, 340 
— sources, control of, 10 
— toxicity, 9 
— transformed to nitrite, 434 
— vulnerable zones, 340 
Nitrate Directive, 201 
nitrate-nitrogen, 107 
nitric oxide (NO), 12, 77-81, 291 
— in vasodilatation, 78 
— synthase (NOS), 77 
nitrification, 5,258,425 
— definition, 153 
— inhibitor, 37,111,116,340 
nitrifying bacteria, 255,281 
nitrite, 65,212,433 
— occurrence of, 36 
*̂̂N balance, 295 
^^N isotope, 7 
'^N labeled fertilizer, 27 
^^N research, 7 
^̂ N tracer experiments, 323 
nitrogen application, 47, 56, 98,110 
— rate of, 107-110 
— split, 110 
— time of, 110-111 
nitrogen availability, estimates based on 

nitrogen transformations, 383 
nitrogen budgets, 17,193, 212 
nitrogen concentration in streams and 

rivers of the US, 162 
nitrogen contamination, 127 
nitrogen credits, 107 
nitrogen cycle, 3, 5,17,18, 27, 279, 319, 

336 
— diagram of, 18 
— of livestock farming systems, 256 
— and losses in terrestrial and aquatic 

ecosystems, 153-154 
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— historical perspective, 3 
— models, 392 
— in small catchments, 191,192 
nitrogen deposition, 313 
— influence on forests, 311 
— onto woodlands, 302 
nitrogen emissions, 184 
nitrogen enrichment, 212 
nitrogen excretion, 259 
— human, 88 
— nutritional effects of, 261-263 
nitrogen export, 193,194,195 
nitrogen fertility, 51 
nitrogen fertilizer, 4, 54,183, 337,403, 

425 
— consumption, 6 
nitrogen fixation, 18 
— definition, 150 
nitrogen gas fluxes, 414, 427 
nitrogen in surface waters, 8 
nitrogen in the human diet, 66 
nitrogen inputs, 229, 314 
nitrogen intake and metabolism, 66 
nitrogen leaching in small catchments, 

191 
nitrogen-limited grasslands, 306 
nitrogen loading, 209,220, 230,237 
— response to, 238 
— thresholds for effects of, 239, 240 
nitrogen losses, 86, 372 
— from arable land, 184 
nitrogen management, 25,343 
— improved, 335 
— social factors of, 463 
nitrogen mineralization, 37, 346 
nitrogen mis-management, 464 
nitrogen overenrichment, 208 
nitrogen oxides, 299 
— emissions, 291 
nitrogen removal 
— abiotic factors controlling, 197 
— biotic factors controlling, 198 
— in lakes, 195-197 
nitrogen saturation, 323 
nitrogen transformations, 147,151 
nitrogen transport in streams, 154 
nitrogen uptake index, 395 
nitrogen use efficiency, 66,336, 348, 391 
— in northwest Europe, 337 
nitrogen utilization, 259 

nitrogen-scavenging crops, 38 
nitroglycerin, 78 
nitrosamides, 82 
nitrosamines, 82 
nitrosation, 83 
nitrous acid, 80 
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