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Foreword

Imagine getting a beautiful multicolor, with-everything, chopped-up pizza for a

special person. Suddenly, while crossing the campus, it slips out of your grasp—

and you are left pondering the pieces. Though devastated, you happen to notice

the overall pattern of fragments, plus their many sizes, shapes, color combina-

tions, and spatial arrangements. That pizza and the pattern on the ground pro-

vide clues to the pages ahead. The big picture, like the view from a plane or a

satellite, is the land around us and how to understand it, and perhaps even how

to mold its face for the future.

Given its complex topic, this book is surprisingly quite readable. The author

takes us through the key ecological subjects as if we were sharing a conversation.

Ideas and theories are delightfully clear, from intellectual history to today’s un-

derstanding to glimpses of tomorrow. The ecology of fragmented landscapes

comes alive.

Now back to the pizza, a whole one with no disaster this time. If you eat the

left half, the loss, like eliminating the western half of a forest, leaves a large un-

fragmented piece. With land, habitat loss, degradation, and fragmentation are

major processes producing di¤erent results. Habitat loss is the giant, with the

degradation of remaining habitat coming right behind, yet fragmentation in

landscapes is conspicuous and important worldwide.

Consider the two big fragmentation processes, roads and development. A

wooded landscape crisscrossed by logging roads, or “rides” in an English wood,

is fragmented for many tiny animals but not for most birds, depending on

whether the corridor slices create major barriers to movement. If farmland or a

residential development extends along the roads, the former forest is now frag-

mented for most animals, which often remain as smaller populations with de-

mographic and genetic problems. Cities can spread outward in concentric zones,

or around satellite cities, or along transportation corridors, or in dispersed sites

(sprawl). The first two patterns involve no fragmentation, the third explicitly frag-



ments the land, and the fourth does so when the development sites coalesce. New

highways also split human communities. In addition, the rapid expansion of 

development and roads, arguably a more urgent problem than climate change,

threatens already fragmented land, even a valuable emerald network of large,

connected, natural patches. So, how can we mold the land so both nature and

people thrive long term?

Unfragmented is better than fragmented in most cases, including for beauti-

ful pizzas, but sometimes the opposite is true. Fragmented habitat often slows

the spread of many pests and diseases, yet it may accelerate this process for oth-

ers. Small woods contain few rare species, but they have many common species

packed together, to the delight of families observing wildlife in a park.

Natural populations and communities are at the forefront of this book. How-

ever, fragmentation also strongly a¤ects the network structure and function of

streams and rivers, soil erosion, groundwater quantity and quality, and accumu-

lations of nutrients and chemicals. Curiously, we haven’t yet figured out what the

predominant widespread fragmentation patterns are, and we still can identify

only a very small number of better and worse ones. Overall, good patterns in-

clude a few large natural patches, many small patches or corridors surrounding

a large patch, and an elongate cluster of small patches between two large ones. A

pattern with just a few small natural patches remaining is bad, but what about all

the other fragmentation patterns in landscapes?

Visualize a natural area next to a built area. Movements and flows between

them can have four e¤ects: the built area either negatively or positively a¤ects the

natural area, or vice versa. Which has the greatest and which the least e¤ect? The

negative impact of a built area on a natural area is greatest, due, for example, to

movements of domestic animals, stormwater pollutants, traªc noise, and even

people themselves. The positive e¤ect of a built area on a natural area is the least

evident, and overall both the positive and negative e¤ects of nature on built areas

are intermediate. In short, fragmenting nature with built areas also degrades the

natural area.

These interactions between adjacent land uses also highlight the value of the

book’s landscape- rather than patch-centric perspective on fragmentation. Land-

scapes are a highly heterogeneous mosaic of many habitat types and land uses.

Indeed, when ecologists “climbed from the sea onto the land,” the model of is-

land biogeography was gradually replaced by the patch-corridor-matrix model, in

part because a patch is surrounded by diverse habitats, with each being a source

of e¤ects on the patch, a species source, and di¤erentially suitable for movement

between patches. Also, the patch edge-to-interior ratio and the roles of generalist
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edge species and specialist interior species are important mechanisms control-

ling species richness on patches of di¤erent sizes and, especially, shapes.

Do patch sizes, shapes, and their arrangement help predict the future? Large

natural patches seem more likely to be perforated, dissected, or shrunk, whereas

small ones could easily disappear. Convoluted patches are vulnerable to frag-

mentation, dissection, and shrinkage, while it is probable that square ones will

persist unchanged. A group of small patches is more likely to disappear if they

are clustered rather than dispersed. Thus natural populations and communities

are strongly a¤ected by such pervasive, changing land patterns.

Still, we know surprisingly little about the diverse sequences of patterns in

landscapes that are being fragmented. What are the ecologically optimum se-

quences when one starts with di¤erent patterns, and which are optimal, for ex-

ample, for residential development versus land restoration? Indeed, knowing an

optimum sequence, we could usefully serve society by highlighting the best and

worst locations for the next local change, be it a mall or a park.

The principles arrayed in the pages of this book are directly usable in bio-

conservation, transportation, agriculture, recreation, forestry, range manage-

ment, wildlife management, and water resources—all fields dealing with the

land. What is perhaps of greatest significance is their linkage with urban land

planning, where the focus has been on providing jobs, housing, transportation,

and economic development. A promising future depends on natural systems and

their human uses at a landscape or regional scale taking center stage, alongside

these traditional needs of society.

The treasure in your hand will reveal rich food for thought and frontiers for

research. I especially valued the entrées for diverse types of experiments, species

movement patterns, the roles of species interactions, restoration approaches, and

ecological land planning. Its solid grounding in the evolution of ideas and theo-

ries will make the book useful for a long time as a reference on my shelf. Unrav-

eling good science of direct use to society is a joy to see. So—read, absorb, and

enjoy.

Richard T. T. Forman

PAES Professor of Landscape Ecology

Harvard University

f o r e w o r d ix
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Preface

Dismantle is defined as to “disassemble” or “take apart.” When I originally con-

ceived this book, I thought of the phrase “dismantling nature” because it seemed

to aptly describe a fundamental process occurring around us. In our zest for

transforming lands for human use, we have created fragmented landscapes in

which many natural communities and ecosystems are e¤ectively being taken

apart. The structural pieces—such as populations and species of plants, insects,

birds, mammals, reptiles, and fish—are declining worldwide. The functional as-

pects of our ecosystems are also being lost, including pollination, seed dispersal,

the decomposition of dead organic matter, carbon sequestration, and water filtra-

tion. But perhaps this process of disassembly is not irreversible. My main moti-

vation for writing this book was to summarize the abundant scientific literature

on the ecology of fragmented landscapes, so that students and practitioners could

apply this knowledge toward e¤orts to protect and re-assemble natural ecosys-

tems, thereby maintaining both species and ecosystem services.

Spatial variation in landscape structure, also called habitat patchiness, arises

from naturally occurring environmental heterogeneity (for example, variation in

soil chemistry or soil moisture), as well as from anthropogenic causes (such as

forest clear-cutting or agricultural land conversion). The study of habitat loss and

fragmentation provides an important synthesis for ecology, because it unites fun-

damental ecological theories and concepts with an extensive body of empirical

literature. It also provides important links to environmental applications, includ-

ing conservation, restoration, and planning. There are literally thousands of pa-

pers that have been published in the past 40 years on the ecology of fragmented

landscapes. An exhaustive review of this body of work would make a book that is

much too long to read, so my intention was to synthesize the key areas of re-

search and emphasize what we know and how we got here. I have undoubtedly

omitted some important works in the process of selecting papers for review, but

I have made every attempt to discuss the most relevant concepts and findings.



Several excellent papers on the topic of habitat loss and fragmentation have

been published in recent years, including those by McGarigal and Cushman

(2002), Fahrig (2003), and Ewers and Didham (2006). A recent book-length re-

view by Lindenmayer and Fischer (2006) provides an outstanding summary of

scientific research in this field. Three volumes focused specifically on connectiv-

ity and conservation appeared in 2006—A. Anderson and Jenkins, Hilty et al., and

Crooks and Sanjayan—suggesting that a synthesis on this topic was indeed due.

This book di¤ers from previously published works in that it not only provides

a synthetic review of theory and empirical research in ecological fragmentation,

but also highlights the application of research findings to the conservation of 

biological diversity, ecological restoration, and ecological planning. These topics

reflect my own research interests and experiences over the past 20 years. My

graduate training included emphases on population and community ecology,

landscape ecology, and landscape architecture and planning, and I have contin-

ued to integrate those perspectives in my research and teaching.

I am grateful to the many students who have taken courses in conservation bi-

ology, landscape ecology, and conservation planning at Harvard University, the

University of California–Davis, and the University of Colorado at Boulder. They

have helped clarify my thinking about these topics and urged refinement of my

explanations of concepts into an understandable form. I intend for this book to

be read and used by upper-level undergraduates and graduate students in the

fields of conservation biology, ecology, environmental studies/environmental

science, and landscape architecture and planning. The book could also be used

in courses such as conservation biology, conservation planning, landscape ecol-

ogy, and population and community ecology, as well as graduate seminars or dis-

cussion groups focused on ecology, conservation, restoration, or planning.

I am indebted to many people for their support, assistance, and good humor

as I prepared and completed a rather enormous project. I have had the good for-

tune of remarkable teachers and mentors in my professional career, and I espe-

cially thank Svat̆a Louda and Richard Forman for their brilliance and their ad-

vice, encouragement, and confidence in me. I, in turn, have had the pleasure 

of being a teacher and mentor to an exceptional group of undergraduate and

graduate students, each of whom has brought a unique and meaningful per-

spective to my own learning process—these people include Abby Benson, Jory

Brinkerho¤, Dave Conlin, Sara Jo Dickens, Fritz Gerhardt, Whit Johnson, Kim-

berly Kosmenko, Laura Makar, Amy Markeson, Jaymee Marty, Katherine Mc-

Clure, Jenny Ramp, Becky Rawlinson, and Sue Rodriguez-Pastor.

Sta¤ members of Boulder’s land management agencies have provided a sup-
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portive and stimulating research environment for my work in Boulder grass-

lands, and so I thank Mark Brennan, Mark Gershman, Brian Pritchett, Lynn

Riedel, and Heather Swanson for their collaboration. I’ve also benefited over the

years from friends and colleagues in Boulder, as well as more distant places, who

have helped to shape my thinking about ecology, conservation, and restoration,

including Susan Beatty, Mary Cadenasso, Jonathan Chase, Tom Crist, Elizabeth

Crone, Kevin Crooks, Brent Danielson, Dan Doak, Lenore Fahrig, Nick Haddad,

Steven Handel, Susan Harrison, Karen Holl, Gary Huxel, Margaret Palmer, Todd

Palmer, Kevin Rice, Mark Schwartz, Dave Theobald, and Kim With.

During the writing of this book, I have enjoyed the company, encouragement,

and helpful advice of several people. Pete and Chris Coppolillo facilitated my in-

credible journey to Tanzania for my sabbatical leave in fall 2005, where the be-

ginnings of this book were written near the banks of the Great Ruaha River. Chris

Ray has been a close colleague and friend for many years, and I have learned vol-

umes from her about ecology, modeling, and conservation. Several colleagues

and friends reviewed chapters or provided inspiration, supporting material, and

good ideas, including Dave Armstrong, Carl Bock, Emilio Bruna, Ellen Dam-

schen, Kendi Davies, Marcel Holyoak, Martha Hoopes, Pieter Johnson, Erik

Jules, Claire Kremen, Andy Martin, Valerie McKenzie, and Brett Melbourne. My

editor at the Johns Hopkins University Press, Vince Burke, had the confidence to

invite me to embark on this project, and has patiently, kindly, and persistently

guided me through the process.

Close friends joined with me to enjoy good food and laugh often, and so my

thanks to the “gals,” Kimman, Connie, and Jane, for putting it all into perspec-

tive. My biological family—my Mom and Dad, Lola Jane and Irwin Collinge, and

my siblings, Mike, Linda, and Judy, and their spouses and children—provided

love, laughter, and lots of encouragement. I imagine that my Dad would have said

“Way to go!” when this book was finally finished. And my two biggest rounds of

applause go to Jake, who I hope will continue to live in a world of wonder and bi-

ological wealth; and to my best fan, Joan Mary Laubacher, who inspires me the

most and has been here for the whole thing.
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Introduction
Framing the Issues

Habitat fragmentation is widely regarded as a—if not the—

central issue in conservation biology.

—John A. Wiens (1996)

My home town of Emporia, Kansas, sits almost at the geographic center of 

the contiguous United States and is also smack in the middle of the tallgrass

prairie ecosystem of the North American Great Plains. When I was growing up,

it seemed as though I was surrounded by acres and acres of grassy pastures, the

flowering stalks of the grasses reaching well above my head in particularly wet

years. Endless grass that stretched for miles, or so it seemed. As a teenager, I of-

ten longed for the more dramatic Rocky Mountains to the west, but little did I

know that I was living in a very special place. Not only was this the largest extent

of tallgrass prairie that remained in Kansas, and in the United States, but it was

the greatest area of tallgrass prairie left in the world! Only when I got to graduate

school and began learning about conservation biology did I understand the

unique value of the place where I was born and raised. That’s when I was startled

to see the squiggly blotch on conservation maps that depicted the outline of the

Kansas Flint Hills and to find out that less than 1% of the original tallgrass prairie

ecosystem remained intact. Most of it was converted to cornfields in the 19th and

20th centuries to support the burgeoning agricultural industry, resulting in the

corn belt within the states of Illinois, Iowa, Indiana, and Ohio, as well as parts 

of South Dakota, Nebraska, Kansas, Minnesota, Wisconsin, Michigan, Missouri,

and Kentucky.



The midwestern United States is certainly not the only landscape that has

been transformed over the past 200 years. Globally, about 50% of tropical dry

forests were converted to other uses by 1950, and another 10% was lost between

1950 and 1990. Nearly 70% of the native cover of temperate grasslands disap-

peared by 1950, and an additional 15% has vanished since then. In the last two

decades, 35% of all mangroves have been lost; in the last several decades, 20% of

known coral reefs have been destroyed and another 20% degraded. Most of the

world’s biomes have experienced a 20%–50% conversion to human use. More

land was turned into cropland in the 30 years after 1950 than in the 150 years 

between 1700 and 1850. These figures—from the most comprehensive global

analysis of the status of the world’s natural lands and biological diversity (Mille-

nium Ecosystem Assessment 2005)—show that rates of land conversion exceed

50% for half of the world’s biomes, and projections indicate further losses in the

next 50 years. Regional analyses can be even more grim, depending on how land

cover types are categorized. For example, Hoekstra et al. (2005) defined critically

endangered ecoregions as those where habitat conversion exceeded 50% and

where the ratio of habitat converted to habitat protected (the conservation risk in-

dex) was greater than 25%. They identified 64 such ecoregions, including (1) the

Atlantic coastal forests of Brazil, Argentina, and Paraguay, (2) Mediterranean

forests, woodlands, and scrub, and (3) the Pacific temperate rainforests of west-

ern North America.

To most readers, it is no surprise that these extensive and intensive land use

changes have associated environmental costs. Habitat destruction and degrada-

tion are the leading causes of declines in biological diversity worldwide (Wilcove

et al. 1998). Further, the loss and fragmentation of natural landscapes diminishes

their capacity to provide vital ecosystem services (Daily and Ellison 2002; Kremen

et al. 2002; Millenium Ecosystem Assessment 2005). As we transform the planet

to fill our needs, we are leaving behind a legacy of scattered remnants of native

habitat surrounded by agricultural fields, shopping centers with vast parking lots,

and clear-cut forests. The scope of this problem is inherently local, in that land use

change happens every day, based on decisions made by individual people going

about their livelihoods. But these collective decisions mean that everywhere we

look across the planet, we see some form of human impact. So these issues extend

beyond our own towns, forests, and pastures to the entire Earth.

Habitat loss and fragmentation are not the only environmental challenges, of

course. Many other such issues loom large, including climate change, invasive

species, disease, and overexploitation. And habitat loss and fragmentation can 

interact synergistically with these other factors to produce harmful e¤ects on
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species and ecosystems (e.g., Ewers and Didham 2006). For example, overex-

ploitation may be strongly influenced by landscape change, since hunters are

likely to have easier access to fragmented habitats or habitats bisected by roads

(Peres 2001; Tabarelli, Cardosa da Silva, and Gascon 2004). Likewise, invasive

species may be more likely to succeed along the edges of fragmented habitats,

causing further negative impacts on native species (Hansen and Clevenger 2005;

Lockwood, Hoopes, and Marchetti 2007). Habitat loss and fragmentation are also

likely to limit the migrations of species in response to climate change (Schwartz,

Iverson, and Prasad 2001; J. Hill et al. 2006). This book will primarily focus on

loss and fragmentation e¤ects, but I discuss these sorts of synergisms where and

when they are particularly relevant. I would argue that each of these environ-

mental challenges interact with and are ultimately a¤ected by patterns of land

use change, so understanding the ecological aspects of fragmented landscapes is

also crucial to resolving these other impacts.

This book is designed to help the reader appreciate the collective body of re-

search that clarifies the consequences of these sorts of landscape changes on pop-

ulations and communities. It presents a rich font of scientific information being

used in many hopeful activities—such as ecological restoration and conservation

planning—that are helping to reverse declines in biodiversity. My challenge for

the reader is to critically evaluate the accumulated knowledge presented here and

use it to move forward to devise creative solutions that will help to alleviate the

threats of habitat loss and fragmentation for biological diversity and ecosystem

services.

loss versus fragmentation

The term habitat fragmentation has now been used so broadly in conservation bi-

ology that the meaning intended by its original usage has become somewhat am-

biguous (e.g., Haila 2002). It is worth clarifying the di¤erences between habitat

loss and fragmentation to encourage more accurate knowledge and use of these

terms. Habitat loss occurs any time a piece of land is converted from its current

state to some other land use or land cover type, such as when a stand of old-

growth forest is cleared to make way for a housing development. Loss in this

sense refers to the fact that the overall area of native habitat has been reduced. So,

if we started with 100 ha of forest and now have only 10 ha, we have lost 90% 

of that habitat. Habitat fragmentation, in contrast, denotes a particular spatial

process of land conversion. In the strict sense of the word, fragmentation refers to

breaking a whole into smaller pieces while controlling for changes in the amount

i n t r o d u c t i o n 3



100% native 
habitat

50% native 
habitat

25% native 
habitat

Shrinkage

Bisection

Fragmentation

Perforation

Figure 1.1. Four di¤erent spatial processes of landscape change. In each scenario, a block

of continuous habitat is reduced to 50% and then 25% of its original area over time. 

The top row represents shrinkage, where there is reduction in habitat area but no

fragmentation or subdivision. The second row is bisection, where the original habitat 

is initially divided into two equal-sized areas that shrink in size. The third row is

fragmentation, where the initial habitat is divided into nine equal-sized patches that

shrink in size. The bottom row is perforation, where the native habitat is perforated by 

the transformed habitat. In each scenario, the dark gray areas are native habitat and the

white areas are transformed habitat. Modified from Forman (1995) and redrawn from

Collinge and Forman (1998).



of habitat (Forman 1995; Collinge and Forman 1998; Fahrig 2003; Ewers and Did-

ham 2006). In one conceptualization of di¤erent land conversion sequences (fig.

1.1), all of the sequences have the same amount of habitat in each stage, but the

bisection and fragmentation sequences are fragmented in the strict sense, while

the shrinkage and perforation sequences are not, because they continue to main-

tain contiguous areas no matter how much habitat remains. But even the bisec-

tion and fragmentation sequences, like those for shrinkage and perforation, have

undergone habitat loss. In actual landscapes undergoing real processes of land

conversion, it is impossible to have habitat fragmentation without habitat loss,

because the creation of fragments requires the conversion of part of the original

land area. But it is possible to have loss without fragmentation (shrinkage and

perforation in fig. 1.1; Forman 1995; Fahrig 2003).

Why is it necessary to be so concerned about this distinction between habitat

loss and fragmentation? It’s not just because scientists are picky people. There

are at least two reasons why it is vital to distinguish between their e¤ects. It be-

comes meaningful when we want to understand the specific mechanisms re-

sponsible for shifts in biological diversity in relation to landscape change, and it

is also critical when we consider the most e¤ective strategies for reversing the

trends of biodiversity losses. One particular species may decline primarily due to

the loss of its preferred habitat, so as that habitat shrinks from 100% to 50% of

its original area, the abundance of that species may correspondingly diminish.

But another species may be quite sensitive to fragmentation, perhaps due to an

enlargement of the perimeter-to-area ratio of small versus large habitat patches

and its accompanying increase in the amount of edges. This second species may

be more responsive than the first to the spatial configuration of habitat patches,

while the first species may be more responsive to the overall amount of habitat

available. Knowing the di¤erence is crucial in devising appropriate conservation

and management strategies to prevent declines of these species. Because land

conversion patterns vary in their spatial configurations, they may also di¤er sub-

stantially in their influence on important ecological processes (Franklin and For-

man 1987; Wiens et al. 1993; S. Harrison and Fahrig 1995; Kareiva and Wenner-

gren 1995; Fahrig 1997, 2003; S. Harrison and Bruna 1999; McGarigal and

Cushman 2002; Lindenmayer and Fischer 2006).

This issue of habitat loss versus fragmentation was extensively examined by

Lenore Fahrig (2003), and her synthesis goes a long way toward clarifying the

confusion that exists in designing and interpreting studies of landscape change.

Fahrig reviewed the vast quantity of literature on habitat fragmentation (in 2002

she counted over 1600 articles that contained the phrase “habitat fragmentation”;
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there were nearly 5000 at my last count) and made two key observations. First,

she noted that many research e¤orts involve measurements of fragmentation at

the patch scale, not the landscape scale. Second, a considerable number of stud-

ies are designed in such a way that it is not possible to distinguish between habi-

tat loss and fragmentation per se. As an example of the initial problem, quite a

few of these e¤orts measure species’ responses to changes in patch size but do

not take into account the overall amount of habitat available to them in the

broader landscape. But landscapes that have larger patches may also be ones in

which there is a greater amount of habitat in general. If the researcher fails to rec-

ognize the relationship between local patch size and the quantity of available

habitat, then conclusions based solely on patch size may actually reflect species’

responses to the total amount of habitat.

To address the second problem, Fahrig provided some guidance for “uncon-

founding” the confounded. She suggested that one way to disentangle the e¤ects

of habitat loss and fragmentation would be to experimentally vary habitat spatial

configuration while maintaining the amount of habitat, as some researchers

have done in fine-scale field studies. Another way would be to statistically control

for the quantity of habitat when measuring landscape fragmentation. Thus,

Fahrig argued, to measure the e¤ect of fragmentation per se, researchers must

control for the e¤ect of habitat loss either experimentally or statistically (p. 499).

Ideally, the most statistically robust way to study fragmentation in real landscapes

would be to select a number of fragmented landscapes (say, 5–10) and pair them

with the same number of intact landscapes that were similar in every possible

physical and biological parameter except for the spatial arrangement of habitat.

In that way, response variables—such as species richness, population abun-

dance, species interactions, or genetic diversity—could be measured in these two

types of landscapes and compared. But this approach is virtually logistically im-

possible for a study that takes place outdoors, so this tactic has been used largely

in microcosm experiments in the laboratory (see chapter 4) and in simulation

models (see chapter 9). Because most field studies have been unable to examine

the whole, they tend to study the parts—for example, looking at the e¤ects of par-

ticular components of landscape change and including such factors as variation

in patch size, isolation, edge e¤ects, and landscape context.

To summarize, anthropogenic landscape change (the conversion of native land-

scapes to other land uses or land cover types) involves both habitat loss and habi-

tat fragmentation. But in most field-based research, it has been di¤icult to dis-

entangle the separate e¤ects of habitat loss versus habitat fragmentation. At the

end of her 2003 paper, Fahrig suggested that two generalizations can be made
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from studies of habitat fragmentation: first, habitat loss has large, negative ef-

fects on biodiversity; and second, habitat fragmentation, in the strict sense, has

rather weak e¤ects on biodiversity, and these e¤ects can be both positive and neg-

ative.

Even though most studies of habitat fragmentation published in ecological

journals are actually studies of habitat loss, making it diªcult to infer the impacts

of fragmentation per se, their results do have implications for species’ responses

to landscape fragmentation. For example, later chapters will discuss a famous,

long-term, experimental study of forest fragments in the Amazon rainforest 

(W. Laurance et al. 2002). This work involved the creation of di¤erent-sized for-

est fragments surrounded by areas cleared for cattle grazing. The researchers

comprehensively studied the changes in species richness for many taxonomic

groups in response to changes in forest area, comparing data from a continuous

forest to that from small, medium, and large fragments. The results generally

show that patch area had strong positive e¤ects on species richness, and patch

edges had strong negative e¤ects on species’ abundance patterns. Because the

amount of edge habitat increases in fragmented landscapes, the findings of this

comprehensive study suggest that edge-sensitive species will likely be detrimen-

tally a¤ected by forest fragmentation, which is an important contribution toward

understanding the impacts of habitat loss and fragmentation. But, as Fahrig

(2003) indicates, the Amazon-forest-fragments study is technically a study of for-

est loss, not fragmentation.

Throughout this book, I’ve tried to maintain a strict usage of the term frag-

mentation. Terms such as landscape change, habitat loss and isolation, or habitat

loss and fragmentation refer to the patterns and processes of anthropogenic

changes in land cover and land use. The phrase fragmented landscapes generally

pertains to areas that have experienced both habitat loss and isolation. Fragmen-

tation by itself is employed where specific mention is made of experimental stud-

ies where habitats have been subdivided (i.e., fragmented), but where their over-

all area was kept constant. These terms are used as consistently as possible, so

that this discussion will be enlightening rather than confusing.

naturally occurring patchiness versus 

human-caused fragmentation

Origins of Patchiness

If you take a close look, you’ll notice that landscapes are patchy. Palm oases are

splashes of green in desert landscapes, occurring where water rests close to the
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surface. Light gaps reveal breaks in tropical forest canopies where trees have

blown down during wind storms. Spatial and temporal variation in the distribu-

tion and abundance of vital resources, as well as in geological and ecological

processes, result in landscape heterogeneity, often called habitat patchiness (e.g.,

in Wiens 1997). In many terrestrial systems, patchiness involves spatial variation

in bedrock, soils, nutrients, or water that a¤ects the distribution of plant species,

which, in turn, at least partially determines animal distributions. In marine or

freshwater systems, patchiness in species’ distributions may be the result of such

factors as di¤erences in substrate type, water depth, or period of inundation. Nat-

ural disturbances, including fires, floods, disease outbreaks, wind storms, and

wave action, also create patchiness by altering the structure of populations, com-

munities, and ecosystems and by causing changes in resource availability or the

physical environment (Levin and Paine 1974; Delcourt, Delcourt, and Webb

1983; Pickett and White 1985). In addition, species may generate their own

patches, independent of any underlying environmental heterogeneity, by their

clumped dispersal patterns (e.g., spatial pattern formation in Tilman and Kareiva

1997).

Ecologists have a long history of observing and studying the underlying

causes of patchiness (Watt 1947; Levin and Paine 1974; Wiens 1976). Concepts

and methods from landscape ecology, which focus specifically on the causes and

consequences of spatial heterogeneity for ecological processes, including distur-

bance (Forman and Godron 1986; Urban, O’Neill, and Shugart 1987; M. Turner

1987, 1989; Wiens et al. 2006), have increasingly been mainstreamed in ecology

in general. The bulk of this book features studies of the patterns and outcomes

of human-caused landscape heterogeneity, rather than naturally occurring pat-

terns and processes. This dichotomous categorization is a convenient way to dis-

tinguish types of disturbances, but it is important to recognize that in most—if

not all—landscapes, natural patchiness and human activities interact to create

the spatial patterns that we see (e.g., Foster, Fluet, and Boose 1999). As a basis for

understanding the impacts of anthropogenic landscape change on natural sys-

tems, however, it is useful to briefly review here what is known about the ecolog-

ical characteristics of naturally patchy systems.

Di¤erences between Patches

Given that nature is inherently patchy, some may wonder why anthropogenic

landscape changes that increase habitat patchiness are necessarily a bad thing.
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For example, does it matter if industrial forestry produces landscapes filled with

small patches of forest surrounded by clear-cuts, if we know that fires in these

same ecosystems can result in small patches of forest surrounded by burned ar-

eas? To answer that question, it would be helpful to know something about the

structural and functional qualities of patches and landscapes that are naturally

patchy versus those that are human modified. Unfortunately, specific di¤erences

in species’ responses to naturally patchy versus human-fragmented landscapes

have rarely been compared directly, so it is diªcult to draw robust conclusions.

However, the spatial and temporal scales of natural disturbances versus human

activities have been explored in some detail. For example, Delcourt, Delcourt, and

Webb (1983) presented a hierarchical framework to describe what they called the

space-time domains of factors that influence vegetation dynamics. The key con-

cept from this framework was that fine-scale events that shape native vegetation

communities tend to occur with relatively high frequency, whereas events that oc-

cur over relatively broad spatial scales occur rather infrequently (fig. 1.2). The au-
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Figure 1.2. Conceptualization of the relationship between spatial extent and occurrence

interval for natural disturbances and human activities. Natural disturbances (represented

as falling along the solid line)—such as fires, pathogen outbreaks, or floods—that extend

over small areas tend to occur at frequent intervals (lower left end of solid line), whereas

those that cover large areas tend to occur infrequently (upper right end of solid line).

Human activities, such as clear-cut forestry or industrial agriculture, tend to occur over

broad spatial scales relatively frequently (light gray circle in lower right part of graph).

Redrawn based on figures and text in Delcourt, Delcourt, and Webb (1983) and Urban,

O’Neill, and Shugart (1987).



thors pointed out, however, that some human activities tend to be exceptional in

that they occur over broad areas with relatively high frequency, which places

them outside of the typical space-time domain.

This notion of hierarchical space-time patterns in terrestrial landscapes was

elaborated by Urban, O’Neill, and Shugart (1987), particularly with regard to the

impacts of human activities. These authors argued that anthropogenic activities

influence landscapes via four particular mechanisms, each of which may pose

particular challenges for native species. First, human activities re-scale landscape

patterns in space and time. For instance, fire suppression alters fire regimes so

that when fires do eventually burn, they tend to be larger and hotter then they

would have been in the absence of suppression. Because the characteristics of

these fires di¤er from those experienced in the historical context of a community,

the authors argue that tree mortality may be higher, and regeneration dynamics

may be slower, than under more natural conditions. Second, human activities re-

scale natural regions by imposing barriers—such as roads, pipelines, buildings,

and dams—that retard the flow of species, disturbances, nutrients, or materials

across landscapes. These newly bounded habitat fragments may therefore be too

small to encompass natural disturbance regimes or dispersal patterns, thereby

reducing habitat suitability for some species. Third, human activities may dis-

rupt ecosystems in ways that fall outside the range of space-time scales experi-

enced under natural disturbance regimes. For example, cultivation associated

with industrial agriculture tends to occur over large areas with high frequency,

which violates the typical natural regimen of small events happening with high

frequency and large events with low frequency. Fourth, human activities may re-

move the rather intricate internal patch structure of natural habitats. As the au-

thors point out, naturally occurring forests tend to have tree-fall gaps, fallen logs,

and vertical stratification of vegetation, whereas human-created forest fragments

are often much more homogeneous.

In addition to these di¤erences in the spatial and temporal scales of natural

disturbances and human activities, we can make some guesses as to the likely

distinctions in natural versus human-modified landscapes. Structurally, natu-

rally occurring and anthropogenic fragments may vary in their shapes, their de-

gree of contrast with their surroundings, and the magnitude of their edge e¤ects.

For example, human-created fragments tend to have straighter boundaries,

whereas natural disturbances create more sinuous boundaries. The contrast is

often greater between human-created patches and their surroundings than it is

for naturally occurring patches (Forman 1995), which may result in less perva-

sive edge e¤ects in the latter (see chapter 5). As fragmentation proceeds, the size
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distribution of the fragments becomes increasingly dominated by a large num-

ber of small patches and fewer and fewer large patches (e.g., see Harris 1984).

These di¤erences in landscape structure are likely to alter the functional qual-

ities of human-fragmented landscapes. In general, human-induced loss and frag-

mentation result in a reduction of habitat area and connectivity, and species may

not readily adapt to these changes, especially if they have evolved in the context

of large, continuous habitats. In most cases, there is probably insuªcient time

for species to adapt behaviorally or physiologically in order to successfully cope

with these novel environmental conditions. However, because the study of spe-

cies’ responses to broad-scale landscape change is relatively recent, it is not yet

clear whether species will be able to evolve and overcome problems associated

with these altered landscapes in the long term, or if extinction is inevitable for

them (Ewers and Didham 2006).

lessons from patchy habitats

Despite the di¤erences in naturally patchy versus human-modified landscapes,

research on population and community dynamics from a range of naturally

patchy landscapes o¤ers some clues for understanding species’ responses to

human-caused landscape changes. Studies of organisms that occupy spatially

discrete habitats include the classic work of MacArthur and Wilson (1967) on

oceanic islands (see chapter 2), as well as books, essays, and papers on pikas on

talus patches in western North America (Peacock and Smith 1997; Peacock and

Ray 2001); plants and invertebrates in vernal pools in Mediterranean climates

(Holland and Jain 1981; J. King, Simovich, and Brusca 1996; Grillas et al. 2004;

Gerhardt and Collinge 2007; pictured in fig. 1.3); invertebrates in rock pools (Ro-

manuk and Kolasa 2004), pitcher plants (Kneitel and Miller 2003), and tree holes

(Kitching 2001); multiple plant and animal species in limestone glades in Mis-

souri (Van Zandt et al. 2005); and comprehensive long-term research on popula-

tions of the Glanville fritillary and its natural enemies in dry meadows of the

Åland Islands of Finland (Hanski 1999).

To illustrate the relevance of research in naturally patchy systems for human-

fragmented landscapes, there is a noteworthy collection of papers by Susan Har-

rison and colleagues that have focused on plant and animal populations and com-

munities that inhabit patchily distributed serpentine soils in northern California

(fig. 1.4). This body of research has convincingly shown that habitat patchiness

influences butterfly population dynamics, patterns of plant species richness and

composition, plant-pollinator interactions, and patterns of invasions by exotic
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species (S. Harrison, Murphy, and Ehrlich 1988; S. Harrison 1989, 1997, 1999;

S. Harrison, Rice, and Maron 2001; Wolf and Harrison 2001; S. Harrison et al.

2006).

Serpentine soils in California are the surface expressions of complex geologic

processes involving the ancient collision of tectonic plates, but the relevant point

here is that these rocky outcrops tend to be patchily distributed across the land-

scape, have unusual soils, and support a relatively specialized flora and fauna

(Kruckeberg 2006). Harrison’s dissertation research on the population dynamics

of the Bay checkerspot butterfly (Euphydryas editha bayensis), which occurs on ser-

pentine patches, is often cited as a textbook case of metapopulation dynamics 

(S. Harrison, Murphy, and Ehrlich 1988; S. Harrison 1989; see also chapter 2). In

her study of butterfly populations inhabiting scattered serpentine outcrops, one

large serpentine patch supported thousands of butterflies, whereas several small

serpentine patches located near the large patch supported tens to hundreds of

butterflies. Small patches even farther from the large one were not even occupied

by the butterflies, despite containing apparently suitable habitat for them. This
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Figure 1.3. An example of a naturally patchy habitat, an ephemeral (temporary) wetland

during the aquatic phase, near the Tour du Valat Research Station, 30 km south of Arles

in southern France. Photo by S. K. Collinge.



pattern of patch occupancy appeared to reflect the limited dispersal ability of but-

terflies (S. Harrison 1989). Patches far from the large serpentine outcrop were

not easily colonized by the butterflies and so were unoccupied, but nearby

patches were easily accessible to them. Harrison described these spatially struc-

tured, local populations as a mainland-island metapopulation, by analogy to sys-

tems where small island populations in a lake or ocean exist near a mainland 

(S. Harrison 1991; S. Harrison and Taylor 1997; see also chapter 2). In collections

of populations that vary substantially in size, small local groups may occasionally

disappear, but the entire collection does not become extinct, due to the persis-

tence of the large mainland population. This finding contributed greatly to a

clarification of the dynamics of such populations, including those that become

subdivided or fragmented due to human activities.

Spatially structured populations occur within the context of species assem-

blages, and the question of how landscape spatial structure influences species di-

versity is fundamental to ecology and conservation biology (S. Harrison 1997,

1999; S. Harrison et al. 2006; see also chapter 3). In a study of plant communities
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Figure 1.4. A non-serpentine meadow (foreground, lighter gray) and a serpentine out-

crop (small hilltop in background, darker gray) in Lake County, California. Photo by 

S. K. Collinge.



on serpentine outcrops, both woody and herbaceous plants were sampled in 24

small serpentine patches and in 24 similarly sized and spaced sites in large, con-

tinuous serpentine patches to assess patterns of local and regional plant diversity

in relation to habitat patchiness (S. Harrison 1997, 1999). By comparing the oc-

currences of plant species in these di¤erent settings, Harrison found that for ser-

pentine endemic woody and herbaceous species, local diversity (the number of

species observed per sampling site) was higher on continuous serpentine habitat

than on small patches. But patchiness led to a higher di¤erentiation in commu-

nity composition among the sites, such that the overall regional diversity was

higher on patchy versus continuous serpentine habitat. Additionally, small

patches tended to be more frequently invaded by alien species or species that

were not normally found on serpentine soils than were large, continuous patches.

These combined results have useful implications for conservation: large serpen-

tine patches were more likely to support a higher diversity of endemic species

and were invaded less frequently by exotic species. But the observation that small

patches di¤ered more from one another than from equal-sized sampling sites

within continuous areas suggests that collections of small patches may also sub-

stantially contribute to capturing plant diversity in this system (S. Harrison

1999).

To further explore the observation that alien species tended to invade small

patches more frequently than large ones, S. Harrison, Rice, and Maron (2001)

studied the occurrence patterns of two common alien grasses, Avena fatua and

Bromus hordeaceus, that were both frequently observed on small patches in the

previous study (S. Harrison 1999). Bromus was more abundant at the edges of

large serpentine patches than in the interiors of large patches, but the amount of

Avena did not vary significantly with the distance from patch edge to interior. Soil

characteristics of large serpentine patch edges also did not di¤er significantly

from those of patch interior sites, so the higher invasion by Bromus at the patch

edges was probably due to the influx of seeds from the matrix surrounding the

patches, rather than to the seedlings’ inability to germinate and survive in patch

interiors. Seeds appeared to easily invade patch edges but were unable to disperse

over the long distances to the interior of large patches. These results suggest that

the surrounding matrix has strong e¤ects on native habitat patches, an important

theme in studies of habitat loss and fragmentation that will be explored in more

detail in subsequent chapters.

To assess spatial factors a¤ecting the local and regional diversity of serpentine

plant assemblages, Harrison ambitiously extended the scope of her research to

serpentine patches throughout the entire state of California (S. Harrison et al.
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2006). She and her colleagues sampled plant species richness in 109 study sites

within the four broad geographic areas in which serpentine soils occur in Cali-

fornia. They also measured a suite of spatial characteristics (patch area, isolation,

and shape) and environmental variables (soils, rainfall, temperature, and pro-

ductivity), which they then used as explanatory variables for local and regional

plant species richness. The results showed strong correlations of environmental

variables (especially soils and rock cover) with local plant species richness, but lit-

tle e¤ect of spatial attributes of the patches. Regional richness was positively cor-

related with the overall amount of serpentine habitat within the region, but it was

not associated with other measures of spatial structure. The authors concluded

that the lack of strong association between richness and spatial structure at the

local scale was perhaps due (1) to the wide range of patch sizes examined (in con-

trast to the very small and very large patches sampled in S. Harrison 1997, 1999),

and (2) to the fact that these serpentine patches were not necessarily true islands,

in that there is an exchange of many species between the surrounding matrix and

the serpentine patches. Local environmental conditions, therefore, appeared to

swamp variation in species richness due to patch spatial characteristics. The ob-

served positive association between the overall amount of serpentine habitat in

the region and regional species richness suggests that the amount of habitat, but

not necessarily its spatial configuration, influenced species richness. This is con-

sistent with Fahrig’s (2003) review described above, where most studies of frag-

mented habitats find strong e¤ects of habitat loss, but not necessarily of habitat

fragmentation per se.

Whether habitat patchiness a¤ects the interactions among species is also a

critical question in conservation (Soulé et al. 2003; see also chapter 7). Pollinator

behavior may be disrupted in fragmented landscapes, with serious implications

for plant reproductive output. Studies of the reproductive biology of the serpen-

tine morning glory (Calystegia collina) in this same system of serpentine outcrops

revealed that flower and fruit production were higher on large (�300 ha) ser-

pentine patches than on small (�5 ha) patches (Wolf 2001; Wolf and Harrison

2001). There were no detectable di¤erences, however, in the number of bees that

visited flowers in small versus large patches. A closer examination of plant re-

production showed that the higher fruit production on large patches compared

to small patches was probably because bees were more e¤ective pollinators on

large patches. Plant patches occurred in clusters on large serpentine patches but

not on small ones, so the former areas were where bees were more likely to carry

compatible pollen. On small patches, there were greater possibilities for bees to

carry pollen from other species, thereby increasing the proportion of incompati-
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ble pollen in their pollen loads. These results imply that large serpentine patches

were more likely to support the high plant densities and clustered spatial configu-

rations necessary for successful plant reproduction, whereas small patches failed

to do so, despite equivalent abundances of pollinators among the patches.

Collectively, these studies of naturally patchy serpentine outcrops in Califor-

nia provide useful models for understanding the potential e¤ects of human-

caused fragmentation of natural systems on ecological processes. Serpentine out-

crops come in di¤erent sizes, shapes, and spatial configurations and support

many rare species that are of conservation concern. In addition, they are invaded

at their edges by alien species, similar to what happens with human-created frag-

ments. Lastly, the size, isolation, and internal spatial heterogeneity of serpentine

patches a¤ect species interactions that ultimately influence plant performance

and persistence. Many of the lessons learned from studies of naturally patchy

habitats have been fruitful in guiding and interpreting research on habitat loss

and fragmentation.

synopsis

This book is intended to provide a succinct synthesis and review of the ecology of

fragmented landscapes. It is obviously written from my own perspective of the

field, based on my research over the past two decades. My hope is that it is suª-

ciently concise, yet comprehensive enough to provide necessary information

while saving the reader from having to review the hundreds (really, thousands) of

papers that have been published on this topic. The book is geared toward ad-

vanced undergraduates, beginning graduate students who want to enter this

field, nature enthusiasts, conservation scientists and practitioners, and profes-

sional ecologists in other research circles who want to know the state of our

knowledge about habitat loss and fragmentation. Because spatial structure in

ecology has been examined in multiple ways, the various chapters blend ap-

proaches from population, community, and landscape ecology. They emphasize

key ecological theories and concepts, review a rich collection of empirical litera-

ture, and forge vital links to environmental applications, such as the conservation

of biological diversity, ecological restoration, and conservation planning. There

are some brief historical perspectives for each topic, highlighting the major con-

ceptual foundations of and developments in the field in the past 40 or so years.

The chapters attempt to provide enough detail from featured studies to give read-

ers a sense of the diverse methods used by researchers in their work, since it will
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be useful for students or novices in this field to learn di¤erent observational, ex-

perimental, and modeling approaches.

This book often just scratches the surface of particular concepts or processes,

but it does contain suªcient information to encourage further exploration (for

example, the sloss debate in chapter 3 and metacommunity theory in chapters 2

and 7). The examples in it are mostly from terrestrial systems, reflecting my own

professional bias, but some freshwater and marine examples are included where

appropriate. There is not much direct discussion here of population genetics, al-

though it is mentioned occasionally. Allendorf and Luikart (2007) have a com-

prehensive and readable text on conservation genetics. I strongly encourage read-

ers to dig deeper into topics of interest, and I o¤er an extensive reference list to

guide those explorations. Also, because many concepts are linked, they may ini-

tially appear in one chapter and then reappear in another. There are also several

reviews of the study of habitat loss and fragmentation that provide good sum-

maries of some of the key issues (Saunders, Hobbs, and Margules 1991; Debin-

ski and Holt 2000; Haila 2002; McGarigal and Cushman 2002; Fahrig 2003; Ew-

ers and Didham 2006). Finally, I urge students of this subject not to neglect 

the classics. Most chapters refer to these fundamental articles and books, and 

in many cases re-reading papers published decades ago can o¤er fresh new in-

sights.

This book is organized logically to move from the building blocks of theory

and observation to more complex experiments and interactions. It has a recur-

ring theme throughout: habitat area and connectivity are crucial to population

and community processes. Habitat patches must be both large enough to support

viable populations and connected enough to allow a su¤icient movement of in-

dividuals, thus preventing genetic and demographic erosion. The book begins

with a summary of the major theories and conceptual frameworks from popula-

tion, community, and landscape ecology that have contributed to the study of

habitat loss and fragmentation. The next few chapters critically survey the vast

quantity of literature on the e¤ects of patch size and isolation (chapter 3) and con-

text (chapter 5) on species and communities, with separate treatments of obser-

vational (chapter 3) and experimental (chapter 4) studies. The movement of or-

ganisms may explain species’ responses to habitat loss and fragmentation, and

chapter 6 explores this subject. Explicit considerations of species interactions are

examined in chapter 7, with a separate chapter devoted to interactions involving

hosts, vectors, parasites, and pathogens (chapter 8). Modeling studies have built

upon and informed empirical studies, and several basic modeling approaches are
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reviewed in chapter 9. Chapters 10 and 11 are meant to be hopeful, focusing on

restoration (chapter 10) and conservation planning (chapter 11), two sets of ap-

proaches that may help to connect the pieces of fragmented landscapes into a

functioning whole. The final chapter summarizes what we’ve learned and where

our scientific knowledge has been successfully applied in conservation settings

(and where it hasn’t yet) and then o¤ers some suggestions for promising re-

search directions.

This is a rich and rewarding field of study, with exciting opportunities to link

rigorous ecological theory with practical applications to the conservation of 

biological diversity and ecosystem services. Increasingly and fortunately, the bar-

rier between basic and applied ecology is fading. I am heartened by the ever-

enlarging batch of scientists and practitioners who seek to learn more about crit-

ical challenges in studies of the environment and are committed to using their

intellectual power to find creative solutions to pressing issues. I am also encour-

aged by the brilliant and thoughtful work of my colleagues in this field, who have

markedly propelled our knowledge and techniques for conducting research for-

ward since I first started reading about this topic in the late 1980s. We have

amassed an enormous body of scientific information, even though we often de-

spair that we don’t yet know enough about certain topics or systems. It is essen-

tial that we continue to communicate what we do know to the public and the me-

dia and to engage with non-traditional partners in industry, organizations, and

government agencies to enhance the well-being of the collective biological wealth

of this planet Earth.
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Conceptual Frameworks

A good theory points to possible factors and relationships in

the real world that would otherwise remain hidden and thus

stimulates new forms of empirical research.

—Robert H. MacArthur and Edward O. Wilson (1967)

Now that the motivations for studying the ecological consequences of habitat loss

and fragmentation have been explained, it’s important to understand the con-

ceptual frameworks that underlie this field of study. Several key ecological theo-

ries contribute to our understanding of the consequences of loss and fragmenta-

tion for individuals, populations, and communities. Chapter 1 noted that natural

systems become patchy for a variety of reasons, and that this book focuses pri-

marily on human-induced habitat loss and fragmentation. But some of the theo-

ries reviewed in the present chapter were developed for entirely di¤erent reasons.

Only subsequently have they been applied to studies of habitat loss and frag-

mentation in order to explain and hopefully predict ecological responses to land-

scape change.

This chapter describes and reviews the original theories, later modifications to

the theories, and the perspectives all of them o¤er for examining ecological frag-

mentation. It starts with the basic idea of species-area curves, then moves on 

to the two main bodies of ecological theory—island biogeography theory and

metapopulation theory—that relate population and community dynamics to

patch size and isolation. Both theories were developed in the late 1960s and have



undergone modifications since then that are particularly relevant to discussions

of fragmented landscapes. There are several additional conceptual frameworks

that provide important insights into changing landscape patterns and species’ re-

sponses, including metacommunities, meta-ecosystems and metalandscapes:

percolation theory, hierarchy theory, patch dynamics and shifting mosaics, and

fractal analysis.

species-area curves

One of the few truisms in ecology is that larger areas support a greater number

of species. Although ecologists often lament the fact that many of the patterns we

observe in nature are species specific or habitat specific, and thus not easy to gen-

eralize, the species-area relationship is surely one of the most satisfying patterns,

due to its predictability and consistency. That the number of species in an area

increases with its size was observed by early naturalists such as Darwin and Wal-

lace, and this was formalized as an ecological principle in the early part of the

20th century (Arrhenius 1921). Ecologists have repeatedly noted a positive rela-

tionship between the area of an island (or a chunk of habitat) and the number of

species present on it (fig. 2.1). The islands of the West Indies are a classic exam-

ple, since various ecologists have studied relationships between island area and

several di¤erent taxa on these islands. In all cases there is a distinct positive re-

lationship between area and species richness that can be described by the power

law:

S � cAz

where S is the number of species on the island, A is the area of the island, and c

and z are constants fitted to the data (MacArthur and Wilson 1967; B. Wilcox

1980; Rosenzweig 1995; Gotelli 1995). By taking the logarithm of each side of the

equation, the relationship becomes a straight line, with c as the y-intercept of 

the line and z as the slope of the line. The z-value can be described in words as

the extent to which species richness changes with island area. The logarithmic

transformation allows for easy comparisons of the parameters of this linear equa-

tion among taxa and study systems. In the West Indies example, a comparison of

the slopes (z-values) for di¤erent species groups reveals that species richness in-

creases at a higher rate with island area for non-flying mammals and reptiles and

amphibians (z � 0.48 and 0.38, respectively) than for birds and bats (z � 0.24 and

0.24, respectively) (cited in B. Wilcox 1980). These di¤erences in slopes suggest

that the less mobile species are more confined in their distribution; thus new
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species of these less-mobile animals are encountered more rapidly as area in-

creases than what is observed for the more mobile species, birds and bats.

Three explanations have consistently been posited for the species-area rela-

tionship: the passive sampling hypothesis, the habitat heterogeneity hypothesis,

and island biogeography theory. The passive sampling hypothesis (Arrhenius 1921;

Connor and McCoy 1979; Williamson 1981) says that simply by increasing the

size of an area sampled, you are more likely to encounter more individuals. And

as you increase the number of individuals that you sample, you are also more

likely to encounter new species. So the increase in species richness with greater

area merely reflects increased sampling e¤ort. The habitat heterogeneity hypothe-

sis (Williamson 1981; Boecklen 1986; Rosenzweig 1995) states that larger areas

are more likely to contain more types of habitats. And as the number of habitat

types increases, so, too, will the number of species encountered, since many
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Figure 2.1. A species-area curve for reptiles in the West Indies. The slope of the line (z) �

0.30. Redrawn based on data from Wright (1981).



species are habitat specialists. Island biogeography theory (MacArthur and Wilson

1967), discussed in detail below, asserts that species richness increases with 

island area due to the dynamic equilibrium between the rate of species coloniza-

tion of an island and the rate of species extinctions on it. Rosenzweig (1995) pro-

vides an excellent, detailed discussion of species-area curves and their explana-

tions.

The relative importance of each of these three explanations of the species-area

relationship has been widely discussed, and no clear consensus has yet emerged

on the primary mechanism responsible for it (Boecklen 1986; Herkert 1994; Holt

et al. 1999; Ricklefs and Lovette 1999; Harte, Blackburn, and Ostling 2001; Cam

et al. 2002; Chittaro 2002; V. Smith et al. 2005; Ouin et al. 2006). As with many

ecological questions, the answer is probably that some combination of these fac-

tors influences patterns of species richness in relation to area. For the purposes

of this discussion, the main take-home message is the following: there are mul-

tiple hypotheses for the species-area pattern, and although island biogeography

theory is perhaps the most familiar explanation to most readers, it is not the only

conceptual model that has been advanced to explain this relationship.

island biogeography theory

Robert MacArthur and E. O. Wilson worked together in the 1960s to develop a

general theory that could explain the richness of species on oceanic islands. Their

observations of birds and ants on tropical islands had revealed strong patterns of

increasing species richness with area, consistent with the general species-area re-

lationship described above. Together they constructed a conceptual framework to

explain these patterns (MacArthur and Wilson 1967). Island biogeography theory

(IBT) asserted that species richness increases with island area, due to the balance

between colonization and extinction rates on an island (fig. 2.2a). Since it should

be relatively easy for individual plants or animals to reach islands that are close
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Figure 2.2. (opposite) Conceptual representations of the equilibrium theory of island bio-

geography (IBT): (a) as originally conceived by MacArthur and Wilson (1967), (b) with

the rescue e¤ect of J.H. Brown and Kodric-Brown (1977), and (c) with the predicted

e¤ect of habitat corridors of A. Bennett (1990). Rates of immigration are the top four 

(a) or two (b and c) lines shown on the left side of each graph, and rates of extinction 

are the bottom four (a and b) or two (c) lines on the left side of each graph. Species

richness for a particular island distance-size combination is determined by dropping a

perpendicular line to the x-axis from where the two lines depicting immigration and

extinction rates cross each other. N � near islands, F � far islands, L � large islands, 

S � small islands.
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to a mainland, colonization rates would be primarily influenced by an island’s

distance from a mainland source of colonists. So near islands would have higher

colonization rates than far islands. Extinction rates would be primarily influ-

enced by the size of the island, since smaller islands would only be able to sup-

port small populations of a given species, compared to what larger islands could

maintain, and small populations are more vulnerable to extinction than large

ones. Thus the equilibrium number of species that could occur on an island of a

particular size and degree of isolation would be determined by the point at which

the rate of colonization met the rate of extinction. Large islands close to a main-

land would support the highest number of species, whereas small islands distant

from a mainland would harbor the fewest number of species.

At the same time that MacArthur and Wilson were constructing this theory

based on oceanic islands, they recognized the analogy of oceanic islands with the

terrestrial “islands” that remained as landscapes were converted from forests to

agricultural fields. In fact, in the first chapter of their classic monograph, titled

“The Importance of Islands,” they describe insularity as a “universal feature of

biogeography” and almost immediately (in the second paragraph) present the

analogy of oceanic islands with habitat fragments: “The same principles [of in-

sularity] apply, and will apply to an accelerating extent in the future, to formerly

continuous natural habitats now being broken up by the encroachment of civi-

lization” (p. 4).

modifications to ibt

The Rescue E¤ect

Recall that the key prediction from IBT regarding habitat isolation was that im-

migration rates should vary inversely with the distance of a fragment from a

source of colonists. Islands that were farther from a mainland would therefore

have fewer species, since it would be more diªcult for colonists to reach these is-

lands compared to those close to the mainland. For terrestrial habitat fragments,

a continuous expanse of native habitat could be considered a mainland colonist

source. J.H. Brown and Kodric-Brown (1977) suggested a modification to IBT by

claiming that island distance may not only influence immigration, but may also

significantly influence extinction rates (fig. 2.2b). Specifically, in insular habitats

or closely spaced resource patches that are easily accessible, immigration rates

may be very high (and relatively higher than extinction rates), shifting the balance

of these two rates in favor of immigration. These high rates of immigration may
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e¤ectively decrease the probability of extinction by rescuing populations before

they reach precariously small sizes, which J.H. Brown and Kodric-Brown re-

ferred to as the rescue e¤ect. The main contribution of the rescue e¤ect concept

was that both island size and distance (not just size, as in the original IBT) may

influence the extinction rate of species on islands and, consequently, patterns of

species richness.

Corridors

Additional conceptual developments regarding the e¤ects of island or habitat iso-

lation on species richness suggested that any mechanism that reduced isolation

among habitat patches should also enhance immigration rates to those patches.

If a patch is less isolated, organisms should be able to disperse to that patch more

easily, which ultimately would increase the colonization rate. Habitat corridors,

which are linear strips of vegetation that link otherwise isolated fragments, were

proposed as a means to reduce isolation among habitat patches. For this very rea-

son, the use of habitat corridors appeared as one of Diamond’s (1975) suggested

principles of reserve design. If habitat corridors successfully reduce the e¤ective

distance between habitat patches, then they should enhance colonization rates

and facilitate the rescue e¤ect (fig. 2.2c). It logically follows that habitat frag-

ments connected by corridors should support larger populations, and perhaps a

higher number of species, than completely isolated fragments of equal size (e.g.,

Simberlo¤ and Cox 1987; A. Bennett 1990; Saunders and Hobbs 1991).

Landscape E¤ects

Because island biogeography theory was based largely on terrestrial species in-

habiting oceanic islands, there was really no need to invoke the ocean’s charac-

teristics as an unsuitable source of or site for colonization to explain species rich-

ness on islands. In applying this theory to terrestrial fragments, however, many

authors have argued that these landscapes do not have a similarly inhospitable

matrix, so the theory requires some modification in its application to fragmented

landscapes (Burgess and Sharpe 1981; Wilcove, McLellan, and Dobson 1986; For-

man 1995; Wiens 1996; H. Murphy and Lovett-Doust 2004; Hilty, Lidicker, and

Merenlender 2006). Forman (1995) suggested that, although species richness on

oceanic islands could be described as a function of island size and isolation, the

species richness of patches in a landscape mosaic would be influenced by addi-
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tional factors. He devised the following equation to encapsulate those additional

factors:

S � [ f (habitat diversity (�), disturbance (� or �), area of patch interior (�),

age (� or �), matrix heterogeneity (�), isolation (�)]

where S equals the species richness of a patch in a landscape mosaic, and the

plus or minus sign following each patch characteristic indicates its proposed re-

lationship with species richness. For example, habitat diversity, area of patch in-

terior, and matrix heterogeneity are all expected to positively influence species

richness in a patch, and patch isolation to affect it negatively. Two variables, dis-

turbance and patch age, may have either negative or positive e¤ects on species

richness.

In summary, island biogeography theory and its modifications made predic-

tions about how island size and isolation (as well as additional factors in the case

of terrestrial habitat fragments) should influence species richness via their ef-

fects on the rates of immigration and extinction. The theory implicitly included

population processes, since colonization and extinction occur at the level of pop-

ulations. It also assumed that small populations would be more vulnerable to ex-

tinction than large ones. But the overall goal of IBT and its modifications was to

make explicit predictions about species richness—a community property—on

islands and habitat fragments.

metapopulation theory

Island biogeography theory’s emphasis on rates of colonization and extinction to

explain patterns of species richness corresponds closely with metapopulation

theory (Levins 1969), another major ecological framework constructed to explain

the dynamics of patchy systems. The formulation of metapopulation theory was

published soon after MacArthur and Wilson’s (1967) IBT, but emerged from

studies of a very di¤erent ecological problem. Levins was tasked by applied ento-

mologists to work out the best way to introduce persistent populations of insect

biological control agents (predators or parasitoids) into agricultural fields to ef-

fectively control pest insects. Levins recognized that pests attack crops over a

broad geographic area, so that biological control interventions would likely re-

quire multiple, possibly interacting populations of biological control agents. His

mathematical formulation included local population extinctions followed, after a

relatively short lag period, by migration and recolonization from other popula-

tions. He used the term metapopulation to describe the collection of local popula-
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tions that periodically experienced extinction but were linked by colonization

(immigration).

As originally conceived by Levins, metapopulation theory emphasized that lo-

cal populations of organisms undergo periodic colonization and extinction, but

the metapopulation can persist indefinitely if rates of extinction are balanced by

rates of colonization. However, failed colonization of empty patches may occur if

patches are extremely isolated (Hansson 1991; S. Harrison 1991; Fahrig and Mer-

riam 1994). Elaborations of Levins’ original metapopulation theory explored how

variation in patch characteristics among local populations may lead to very di¤er-

ent metapopulation dynamics (e.g., S. Harrison, Murphy, and Ehrlich 1988; Han-

ski and Gilpin 1991; S. Harrison 1991; S. Harrison and Taylor 1997; Hanski 1999;

Hanski and Gaggiotti 2004). For example, S. Harrison (1991) and S. Harrison

and Taylor (1997) noted at least four types of spatially-structured populations,

each with quite di¤erent dynamics (fig. 2.3). Superficially, these spatially struc-

tured populations may look the same—they are collections of spatially separated

patches that occur across a broad landscape. But functionally, these populations

di¤er substantially. The classic metapopulation of Levins (1969) (fig. 2.3a) con-

sists of (1) habitat patches that are invariant in size, isolation, and quality, with

each patch having an equal probability of extinction and recolonization, and 

(2) asynchronous patch dynamics, that is, the dynamics on each habitat patch are

independent of one another. One variation on this theme is the mainland-island sys-

tem (fig. 2.3b) described by S. Harrison, Murphy, and Ehrlich (1988) for checker-

spot butterflies on serpentine patches (see chapter 1). Here the probability of 

extinction is unequal among the patches, due to variation in patch or population

size: populations on small patches may periodically go extinct, but the large patch

persists indefinitely. Mainland-island metapopulations are analogous to source-

sink metapopulations, except the designation of a population as a source or sink

depends upon habitat quality, not necessarily patch size. Sources are defined as

populations with positive growth rates that export surplus individuals (dispers-

ers) to adjacent populations, whereas sink populations are those with negative

growth rates that are sustained only via immigration from sources (Pulliam 1988;

Pulliam and Danielson 1991). Another alternative is the patchy population (fig.

2.3c), which is not really a metapopulation at all, but simply a single large popu-

lation that happens to occupy several habitat patches. Think of the daily foraging

movements of squirrels among trees in several suburban backyards, where the

backyards are not discrete populations but merely patchily distributed resources

used by a single squirrel population. A third variant is the non-equilibrium meta-

population (fig. 2.3d), which is the most troubling for conservation biologists.
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(a) Classic (b) Mainland-island 
or source-sink 

(c) Patchy (d) Non-equilibrium 

Figure 2.3. Conceptual diagrams of metapopulation dynamics for four di¤erent spatially

structured populations: (a) classic metapopulation, (b) mainland-island or source-sink

metapopulation, (c) patchy population, and (d) non-equilibrium metapopulation.

Redrawn from S. Harrison and Taylor (1997, figs. 1a, b, c, and d). Filled circles represent

occupied habitat patches; empty circles, vacant habitat patches; dotted lines, boundaries

of local populations; arrows, dispersal between patches.



This is because the populations are so isolated from one another that migration

among populations is nonexistent; thus neither rescue from extinction nor re-

colonization following extinction can occur. So if a local population goes extinct,

presumably there is no hope for the re-establishment of a population, except

perhaps with human intervention. Finally, a metapopulation may functionally

exhibit more than one of these types of dynamics in di¤erent parts of the meta-

population (S. Harrison 1991; S. Harrison and Taylor 1997, fig. 1e).

These distinctions between types of spatially structured populations are of

more than just academic interest. Because the dynamics of these populations dif-

fer substantially, management interventions must also vary accordingly. And

management actions based on a superficial inspection of populations could be

misguided. For example, if a set of patchily distributed populations functions as

a mainland-island system, then conservation and management actions should

prioritize the long-term protection of the large mainland population, since it

plays an essential role in the persistence of the overall metapopulation. But if it

were assumed, in this case, that all populations were equally prone to extinction

(the classic metapopulation), then conservation e¤orts would not necessarily fo-

cus on the mainland population. In some instances, a species may exhibit func-

tionally variant metapopulations across its geographic range, so management ef-

forts must be similarly fluid. For example, Stith et al. (1996) conducted detailed

population studies of the threatened Florida scrub jay (Aphelocoma coerulescens)

and observed mainland-island, non-equilibrium, and classic metapopulation dy-

namics in di¤erent parts of the species’ range in peninsular Florida.

As was the case for island biogeography theory, metapopulation theory and its

modifications have been applied widely to the population dynamics of species in

human-induced habitat fragments (Dunning et al. 1995; S. Harrison and Fahrig

1995; McCullough 1996). Because failed colonization of empty patches may oc-

cur due to patch isolation (Hansson 1991; S. Harrison 1991; Fahrig and Merriam

1994), the presence of either stepping stones or corridors, or the management of

the matrix between fragments, should increase the regional (metapopulation)

persistence of native species by reducing isolation e¤ects and increasing colo-

nization probability. The purported benefit of connecting otherwise isolated

patches has been similarly advocated, based on the predicted positive relation-

ships between colonization and species richness in IBT. However, the role of cor-

ridors, in particular, has been debated fervently (Simberlo¤ et al. 1992; Hanski

and Simberlo¤ 1997), as is discussed in chapters 3 and 6. With regard to meta-

population theory, in the extreme case that corridors promote so much move-

ment among patches that populations become synchronized, then the persis-
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tence of the overall metapopulation may be threatened by random variability (sto-

chasticity) in the environment (the patchy populations of S. Harrison and Taylor

1997; see also Koelle and Vandermeer 2005; chapter 6 contains a further discus-

sion of movement).

but fragments are not islands

The similarities between IBT and metapopulation theory have been evident to

many ecologists and conservation biologists. Both focus on immigration and ex-

tinction in patchy landscapes (Hanski and Gilpin 1991; Hanski and Simberlo¤

1997; Hanski 1999), and so both should be relevant to understanding populations

and communities in fragmented landscapes. IBT emphasizes species richness

on islands, while metapopulation theory focuses on the persistence of single-

species populations. They di¤er in that in IBT there is a mainland that serves as

a source of colonists, while in metapopulation theory, this may or may not be the

case (it exists only for mainland-island metapopulations). In classic metapopula-

tion theory (Levins 1969), patches do not di¤er in isolation, either, as they do in

IBT. The theories are similar in that both IBT and metapopulation theory are

equally nebulous about variation in habitat quality among patches or islands, as

well as about characteristics of the matrix that may a¤ect rates of colonization

and extinction (e.g., Forman 1995; Wiens 1997). Both consider the matrix as an

essentially nondescript background.

In terms of their applicability to conservation, both theories have been ex-

tremely useful in generating hypotheses and stimulating empirical research.

And because of their limitations, they have also helped the field move forward by

motivating researchers to refine these simple, elegant models into messier but

more accurate representations of the world. Island biogeography theory was ef-

fectively eclipsed in the 1990s by metapopulation theory, with the criticism that

IBT had too many limitations for its applicability to fragmented landscapes. Han-

ski (1999) pointed out that one of the possible reasons for this shift, aside from

issues of the inhospitable matrix of IBT described above, was that the metapop-

ulation paradigm posits a key role for the conservation of small habitat patches.

In terms of conservation planning, IBT projects that small patches will contain

few species, so they may not be a high priority for conservation actions. But

metapopulation theory does not similarly undervalue small patches, since they

contribute to overall metapopulation persistence. I would argue that these two

theories have been and continue to be equally useful as guiding frameworks for

conservation, but they are perhaps equally limited in their literal applicability for
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conservation action. Both, however, have had major impacts on how we think

about fragmented populations and communities and on what actions we might

take to ameliorate the negative consequences of isolation and extinction.

metacommunity theory

Although the concept of a metacommunity has only recently been developed in

depth (Holyoak, Leibold, and Holt 2005), early metapopulation researchers ap-

preciated the existence of metacommunities (Hanski and Gilpin 1991). The dy-

namics of host-parasitoid and predator-prey interactions in patchy landscapes

lent themselves particularly well to the theoretical formulations and empirical

tests of metacommunity theory (Murdoch, Chesson, and Chesson 1985; A. Tay-

lor 1990). Recent elaborations of metacommunity ecology are particularly rele-

vant to understanding species interactions in fragmented landscapes. Meta-

community thinking is essentially an extension of metapopulation theory—but

instead of populations of a single species blinking in and out of scattered habitat

patches, we now have multiple species that occur and interact across patchy land-

scapes. A metacommunity is broadly defined as a collection of communities con-

nected by dispersal (Hanski and Gilpin 1991; Leibold et al. 2004; Chase 2005;

Holyoak, Leibold, and Holt 2005), while a community is a collection of individu-

als that interact either directly or indirectly by partitioning the resources within a

patch of shared habitat (Hubbell 2001; Holyoak, Leibold, and Hold 2005). In com-

munity ecology, conventional theory has typically focused on local, deterministic

interactions—such as predation and competition—to explain the structure of lo-

cal communities. Metacommunity theory, on the other hand, extends the ideas

of metapopulation theory to multiple species and suggests that regional dynam-

ics such as dispersal, disturbance, and extinction can help to explain the broader

distribution and coexistence of species. The strength and influence of these re-

gional processes, such as colonization or extinction, are likely to be influenced by

the spatial arrangement of local communities, a recurrent theme throughout this

book. Recent works have called for the unification of these local and regional ap-

proaches, so that we can refine our understanding of the suite of factors involved

in structuring communities and use this knowledge to predict outcomes of an-

thropogenic change, such as habitat loss and fragmentation, species invasions,

and climate change (Hubbell 2001; Chase 2005; Holyoak, Leibold, and Holt

2005).
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Neutral Theory versus Niche Theory

Hubbell (2001) proposed the neutral theory of biodiversity, where patterns of

species richness and composition are related to the size of the metacommunity,

the rates of dispersal within the metacommunity, and the rates of formation of

new species. Hubbell’s work derived from his observations of highly diverse trop-

ical tree communities, where all species compete for the same resources (nutri-

ents, water, light) and obtain resources in similar ways, yet hundreds to thou-

sands of di¤erent tree species can coexist in these forests. The neutral theory thus

assumes that species do not di¤er in their traits. Chase (2005) argued that Hub-

bell’s neutral theory has a limited use in making predictions about the likely re-

sponses of species to fragmentation. Neutral theory assumes that all species have

the same traits, yet we know that fragmentation is likely to a¤ect species differ-

ently, depending on traits such as body size, home range size, trophic level, or

competitive ability. Chase noted that “as the neutral theory disregards di¤erences

in species traits, it can say little about how fragmentation will di¤erentially alter

the composition of species, as well as their interactions with other species in the

community” (p. 184).

Niche theory, on the other hand, assumes that species coexistence is based on

di¤erences among species in traits that are related to resource acquisition or re-

sponse to the environment. Modern niche theory expands upon earlier descrip-

tions of the niche and argues that additional factors influence species coexis-

tence, including other species, such as enemies or mutualists, and temporal and

spatial variation in resource availability (Chase 2005). The emphasis on spatial

variation in both resource availability and species traits may be especially relevant

for studies in fragmented landscapes.

The subject of mechanisms of species coexistence is obviously relevant to dis-

cussions of persistence in fragmented habitats, but it is well beyond the scope of

this book. For an excellent review of the theory on how spatial heterogeneity 

a¤ects two-species interactions, see Hoopes, Holt, and Holyoak (2005), and to

catch a glimpse of future developments in metacommunity ecology, see Holt,

Holyoak, and Leibold (2005). What is important to emphasize here is the fact that

species interactions vary in response to habitat spatial structure, which has been

well documented for many types of interactions and is explored in detail in chap-

ter 7. Metacommunity theory adds to the formal conceptual framework for con-

sidering how species interactions might respond to variation in habitat spatial

structure, and thus can provide a context for predicting and interpreting the eco-

logical consequences of habitat loss and fragmentation.
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meta-ecosystems and metalandscapes

But it doesn’t stop with metapopulations and metacommunities. There are also

meta-ecosystems and metalandscapes. Loreau, Mouquet, and Holt (2003) ex-

tended the idea of metapopulations and metacommunities to meta-ecosystems,

which they defined as “a set of ecosystems connected by spatial flows of energy,

materials and organisms across ecosystem boundaries” (p. 674). For readers fa-

miliar with landscape ecology, this sounds a lot like the definition of a landscape:

“a mosaic where a cluster of local ecosystems is repeated in similar form over a

kilometers-wide area” (Forman 1995, p. 39). Landscape ecology also emphasizes

the flow of energy, materials, and organisms across spatially heterogeneous ar-

eas. But Loreau, Mouquet, and Holt (2003) claimed that meta-ecosystems were

di¤erent from landscapes, particularly because (1) landscapes are continuous,

but meta-ecosystems may be discontinuous—in this way, the meta-ecosystem

concept directly translates the notion of a collection of spatially disjunct popula-

tions and communities to spatially disjunct ecosystems; (2) a landscape has a

characteristic spatial scale (but this is debatable, since some advocate that land-

scapes are defined by the perceptions of di¤erent organisms; see Wiens 1989),

but a meta-ecosystem can be at any spatial scale; and (3) the meta-ecosystem con-

cept is not just about examining multiple scales, but is a “new tool to understand

the emergent constraints and properties that arise from spatial coupling of local

ecosystems” (p. 675). An example of a meta-ecosystem could be a series of spa-

tially disjunct wetland ecosystems that exchange nutrients via sequential visita-

tion by migrating waterfowl. Birds visit the wetlands for a few days to forage, and

perhaps they leave behind some nutrients and possibly a few feathers. While the

wetlands are spatially discontinuous, they are connected by flows of nutrients

and materials mediated by the migrating birds.

This theme of spatially separate but functionally connected populations, com-

munities, and ecosystems has also been expanded to landscapes. Based on their

observations of the population dynamics of migrating songbirds in the mid-

western United States, With, Schrott, and King (2006) surmised that some bird

species may exhibit regional source-sink population dynamics. In other words,

populations in a continuous, unfragmented landscape may rescue populations in

a distant, highly fragmented landscape via immigration, or metalandscape con-

nectivity. Simulation models varied the levels of habitat loss and fragmentation,

as well as immigration, to explore the conditions under which metalandscape

connectivity could e¤ectively rescue regional populations from extinction. Thus

what these authors proposed is essentially a broad-scale extension of metapopu-
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lation theory: in the same way that connectivity is critical to the persistence of a

metapopulation, metalandscape connectivity may be critical to regional popula-

tion persistence.

percolation theory

Percolation theory derives from studies of porous materials and has been used in

landscape ecological research to examine the patterns and consequences of land-

scape structure (e.g., Gardner and O’Neill 1991; Gardner, O’Neill, and Turner

1993). The use of percolation theory in spatial ecology involves the construction

of two-dimensional computerized maps and the evaluation of ecological pro-

cesses that percolate through the map, such as the spatial spread of a natural dis-

turbance like fire (Turner, Romme, and Gardner 1994) or the spread of an inva-

sive species (With 2004). Neutral landscape models, in particular, are maps that are

generated via random processes or spatially correlated processes, but they are not

based on landscape patterns derived from known ecological processes. These

neutral, or null, models are thus analogous to null models in other areas of ecol-

ogy (e.g., Connor and Simberlo¤ 1979). With regard to studies of habitat loss 

and fragmentation, the most relevant neutral models are those that simulate the

consequences of habitat spatial configuration for populations and communities

(With 1997). These neutral models are comprised of a rectangular lattice in which

cells are designated as either habitat or non-habitat (fig. 2.4). A percolating cluster

is defined as a collection of connected habitat cells that extends from one side of

the lattice to the other (With 1997). A special feature of neutral models derived

from percolation theory is that, when cells in the lattice are randomly assigned to

one category (let’s say suitable habitat in this case), there exists a critical threshold

where the lattice suddenly transitions from being unconnected to forming a per-

colating cluster (Gardner, O’Neill, and Turner 1993; With 1997). In this example,

critical threshold refers to the proportion of cells that are designated as habitat,

and the threshold is reached when about 59% of the cells have been randomly 

assigned to the habitat category. In other words, if you were to pop inside a 

randomly simulated landscape with 59% habitat, it would be possible to walk

across the entire lattice without stepping outside the habitat. As the proportion

of cells assigned as habitat approaches 100%, the path across the lattice becomes

straighter.

This critical threshold has a useful application to studies of habitat loss and

fragmentation, because it defines the landscape as connected. But the critical

threshold depends upon how the modeler defines the rules of the game. Con-
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Figure 2.4. A rectangular lattice of cells generated randomly as a neutral model of

landscape structure. According to percolation theory, these randomly placed cells provide

a connected network when 59% of the cells are selected, as shown, using the 4-cell rule.

The gray cells represent habitat, the white cells represent non-habitat, and the white line

shows the continuous path of a percolating cluster through the habitat cells.
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nectivity within a neutral model may be defined using di¤erent neighbor rules,

which include 4-, 8-, or 12-cell neighbor rules. The 4-cell rule is also called the

nearest neighbor rule, and it goes like this: in order for a single cell that is con-

sidered suitable habitat in the lattice to be considered connected to another cell

of suitable habitat (i.e., part of the same patch), it must share one side in com-

mon with an adjacent suitable habitat cell in one of the four cardinal directions.

In this rule, cells of similar type that touch only along the diagonal do not count

as connected. In the 8-cell rule, or next-nearest neighbor rule, a cell is connected

if it shares sides along either a cardinal or a diagonal direction, so there are eight

cells that surround a single cell that could potentially be connected. The 12-cell

rule, or third-nearest neighbor rule, extends to the four cells in the four cardinal

directions that are two cells away from the single focal cell. While this is a brief

overview, applications of percolation theory to ecological modeling studies will be

reviewed in detail in chapter 9.



spatial patchiness and scaling

The previous discussions of habitat patchiness and of moving from metapopula-

tions to metalandscapes both raise the issue of scaling. The basic idea here is that

the ecological patterns and processes that we observe at one scale may shift in

character as we move to another scale of observation (Allen and Starr 1982; O’Neill

et al. 1986; Wiens 1989; Levin 1992). Spatial patterns obvious at one scale may not

be discernible at another scale. For instance, if you were an ant within a 1000 ha

forest fragment, you probably would not notice that the forest is isolated from

other forests, but if you were an eagle flying 1000 m above the Earth, you would

perceive the forest as a patch. So the ideas of pattern and scale are intimately

linked. Another example concerns spatial distribution, where individuals or

species may be aggregated at local scales but uniformly distributed at broader

scales. Moreover, the dynamics at one level of biological organization, such as the

community, emerge as the collective behavior of components at the next-lower

level of biological organization, in this case, the population. The notion of scale

was also discussed briefly in chapter 1, with the description of the space-time do-

mains of scale (Delcourt, Delcourt, and Webb 1983; Urban, O’Neill, and Shugart

1987). This chapter succinctly reviews several conceptual frameworks that relate

explicitly to scale and are relevant to understanding habitat loss and fragmenta-

tion—including hierarchy theory, patch dynamics, and fractal geometry.

Hierarchy theory (Allen and Starr 1982; O’Neill et al. 1986; Allen and Hoekstra

1992) posits that processes in nature are inherently multi-scaled. Spatial patchi-

ness occurs at multiple scales, as well, and we may understand a particular land-

scape as a hierarchy of patches within patches. The fact that landscapes are

patchy is a recurrent theme throughout this book, and concepts from hierarchy

theory suggest that organisms will respond to patchiness at di¤erent scales. So a

patchy landscape may be viewed as fragmented for one species, but as continu-

ous for another species (e.g., Haila 1990). This concept is critical when designing

ecological studies of fragmentation, as well as for interpreting species’ responses

to fragmented landscapes. For example, landscape structure can be quantified at

di¤erent spatial scales and then related to a particular ecological variable, such as

population abundance or species richness. Significant associations between the

ecological response variable (say, population abundance) and the landscape pat-

tern at a particular spatial scale can inform researchers about the scale at which

populations respond to landscape pattern (e.g., Collinge, Prudic, and Oliver

2003).

The related ideas of patch dynamics and a shifting mosaic largely di¤er from
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each other in the scale at which patterns and processes are considered. Patch dy-

namics was formalized by Pickett and White (1985), based on observations that

ecological systems are inherently variable over space and time. Patch dynamics fo-

cuses on the event or agent causing a patch and the changes in species in the

patch over time. A shifting mosaic, in contrast, is a large area in equilibrium that

contains many patches in various successional stages. Thus in patch dynamics,

the focus is on changes within patches, whereas in a shifting mosaic, the focus is

on the whole landscape (Forman 1995). For example, a neotropical forest typically

contains light gaps, caused by trees being blown over during windstorms. Within

each patch, species composition shifts over time from light-loving species that

thrive immediately after the gap is created to shade-loving species that eventually

dominate the gap as the canopy closes. If we look at the forest at a broader spa-

tial scale, at any one time there are likely to be many light gaps of various ages

and in various stages of succession from light-loving to shade-loving species

(Denslow 1987).

Fractal geometry can be used to quantify spatial patterns in many natural phe-

nomena, including soil aggregates, root systems, and complex landscapes (Milne

1991). The classic application used to describe fractal geometry is in measuring

a coastline. The measurement of the length of a coastline depends upon the scale

of measurement used. If you used a 1 km long ruler to measure the coastline of

California, you would say it was shorter than someone who measured the same

coastline using a 1 cm long ruler. Fractal analysis has been used in a couple of key

ways in understanding fragmented landscapes. First, it has been employed to an-

alyze the shape of a patch or pathway—a two-dimensional line through the land-

scape. For example, this tool has been used to measure the pathway taken by an

organism during movement and ask whether di¤erent organisms respond dif-

ferently to landscape structure (With 1994). Second, fractal analysis has been

used to assess the complexity of patch shapes, which may have implications for

species persistence in a landscape. A fractal dimension of 1.0 is a straight line or

a perfectly linear path, whereas a fractal dimension approaching 2.0 represents a

highly complex, convoluted pathway or patch boundary. Fractal dimension has

been used as one of a few simple indices to describe landscape pattern, which will

be elaborated further in chapter 9.

synthesis

Ecological theories derived from population and community ecology, including

island biogeography theory and metapopulation theory, predict that any mecha-
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nism that reduces isolation among habitat patches should also expedite the

movement of organisms between patches, thereby reducing the rates of species

loss and enhancing the probability of fragment recolonization. These theories

provide a mantra that will be examined and reiterated throughout this book—

that habitat loss and fragmentation influence the rates of species colonization

and extinction, based on whether patches are large enough to support viable pop-

ulations or connected enough to facilitate the exchange of individuals among

patches. Metacommunity, meta-ecosystem, and metalandscape frameworks all

extend the notions of metapopulation theory to higher levels in the ecological hi-

erarchy. These concepts, in turn, emphasize the importance of spatial structure

for species interactions, the movement of organisms and materials among

ecosystems, and the movement and viability of organisms among landscapes.

The relevance of multiple scales of ecological patterns and processes is high-

lighted in conceptual frameworks such as percolation theory and hierarchy the-

ory. In relation to studies of habitat loss and fragmentation, these concepts pro-

vide a formal means for observing and interpreting responses of di¤erent species

under various ecological conditions.
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Fragment Size and Isolation

One of the most profound developments in the application

of ecology to biological conservation has been the recog-

nition that virtually all natural habitats or reserves are

destined to resemble islands, in that they will eventually

become small isolated fragments of formerly much larger

continuous natural habitat.

—Bruce A. Wilcox (1980)

Larger areas of land or water support more species than smaller areas, a point

that has been made clear with repeated illustrations of species-area curves and is

fundamental to our ecological understanding of the natural world. Yet despite the

fact that this is old news, ecologists are still talking about this relationship and pa-

pers are still being published on this topic. Why? Probably because it is one of the

most ubiquitous patterns in nature, and because ecologists have still not fully ex-

plained why this pattern is so. There are also profound implications of the

species-area relationship for the conservation and restoration of biodiversity.

Along with patch area, patch isolation has been widely investigated as an expla-

nation for patterns of species composition in fragmented habitats. Patch isola-

tion may substantially alter ecological processes within and between habitat frag-

ments, including the rates of animal and plant dispersal among fragments and

the persistence of populations and communities.

The strong emphasis on investigations of patch size and isolation in the liter-



ature on ecology and conservation biology undoubtedly derives from the influ-

ence of MacArthur and Wilson’s (1967) theory of island biogeography. Their ex-

planation of species richness on oceanic islands, and their extension of these

ideas to habitat fragments, provided an invitation to ecologists to explore the

significance of habitat fragment size and isolation for populations and commu-

nities. In the ensuing 40 years, a plethora of papers has been published that are

devoted to these topics. During the same time period, strong links were forged

between island biogeography theory (IBT) and conservation biology, which has

prompted much discussion and controversy regarding options for reserve de-

signs that would maximize the conservation of biological diversity. In particular,

questions arose regarding the utility of habitat corridors (are they “vital linkages”

or “vastly expensive failures”?), and researchers argued about whether a single

large reserve or several small reserves (the sloss debate) would be optimal for

biodiversity protection. The paradigm of “fragments as islands” derived from IBT

is pervasive in the literature on fragmented landscapes. This has been fruitful,

but it has also perhaps limited our advancement. We have continued to think of

fragments as islands, but terrestrial landscapes are much more heterogeneous

and complex.

This chapter attempts to distill the vast literature on species richness and com-

position in relation to patch size and isolation, as well as studies of the mecha-

nisms responsible for these patterns. This subject is clearly fundamental to un-

derstanding the e¤ects of fragmentation, so many of the topics mentioned in this

chapter will appear in greater detail in other chapters. And the fundamental is-

sues explored in detail in this chapter will provide the foundation for concepts

discussed in later chapters. To provide a brief road map, this chapter will em-

phasize fragments of anthropogenic origin, in contrast to studies of naturally oc-

curring patchy habitats. It will cover observational studies of patch size and iso-

lation, focus primarily on population and community patterns in relation to

habitat isolation, and consider whether habitat corridors that link otherwise iso-

lated fragments serve to promote species persistence.

fragment size and species richness

Because island size clearly influences species richness—recall the ubiquitous

species-area curves—and terrestrial habitat fragments often resemble islands,

much of the early work concerning habitat loss and fragmentation focused on the

relationship between fragment size and species richness (e.g., Saunders et al.

1987). There are literally dozens of papers on this topic, representing many
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groups of organisms and many habitat types (table 3.1); the most well studied are

the birds of temperate and tropical forests. In general, research on birds demon-

strates that the number of species within isolated forest fragments decreases as

fragment area decreases (Forman, Galli, and Leck 1976; Whitcomb et al. 1981;

Verner, Morrison, and Ralph 1986; Blake and Karr 1987; Lynch 1987; Newmark

1991; Beier, Van Drielen, and Kankam 2002; see fig. 3.1), with the commonly

noted interpretation that the probability of local extinction increases as fragment

size decreases. For example, a study of grassland bird communities in the mid-

western United States showed that approximately 79% of the grassland bird

species were present in a 1000 ha grassland fragment, but only 31% of the bird

species occurred in 10 ha grassland fragments (Herkert 1994). This habitat-

fragment species-area pattern has been documented for birds in other habitats

(e.g., Soulé et al. 1988; Crooks et al. 2001; Crooks, Suzrea, and Bolger 2004), as

well as for mammals (Picton 1979; Newmark 1986; A. Bennett 1990; Verboom

and van Apeldoorn 1990; Cutler 1991; Lindenmayer et al. 2000), insects (Webb

and Hopkins 1984; Ås 1993; Bruhl, Eltz, and Linsenmair 2003; Feer and Hingrat

2005; Cane et al. 2006), and herbaceous plants (Simberlo¤ and Gotelli 1984;

Webb and Vermaat 1990; Leach and Givnish 1996; Krauss et al. 2004; Petit et al.

2004; Guirado, Pino, and Roda 2006). These positive correlations between frag-

ment size and species richness are commonly observed and have often been used

as the basis for decisions regarding biodiversity protection.

fragment size and population abundance

These consistent, positive relationships between species richness and habitat

area ultimately represent the collective responses by populations of di¤erent

species to shifts in habitat area. In other words, larger fragments may sustain a

greater number of species, because the habitat is extensive enough to support vi-

able populations of more species than would be possible in smaller fragments.

Recall the right-hand half of the IBT diagram (in chapter 2), which predicts that

larger fragments have more species because extinction rates of populations are

higher in smaller fragments. To understand the components of overall species-

area patterns, many investigators have examined the responses of individual

species to changes in fragment size.

Some species may be more tolerant of reductions in habitat fragment size

than others, based on their particular life-history attributes (Terborgh 1986; 

W. Laurance 1991; Webb and Thomas 1994; MacNally and Bennett 1997; Kolozs-

vary and Swihart 1999; Deng and Zheng 2004; Ewers and Didham 2006; but see
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Table 3 .1
Selection of 35 observational studies of species richness in relation to fragment area. Studies were chosen to 
represent a wide range of organisms, habitats, and geographic locations and are listed in chronological order.

Reference Organism(s) Habitat type Location Fragment size range 

Forman, Galli, and Leck 1976 Birds Temperate broadleaf forest United States 0.01–40 ha
Picton 1979 Large mammals Alpine United States 30–11,700 km2

Blake and Karr 1987 Birds Temperate broadleaf forest United States 1.8–600 ha
Soulé et al. 1988 Birds Chaparral United States 0.4–104 ha
Fonseca and Robinson 1990 Small mammals Tropical rainforest Brazil 60–36,000 ha
Webb and Vermaat 1990 Plants Heathland England 5–200 ha
Estrada, Coates-Estrada, and Bats Tropical rainforest Mexico 1–2000 ha

Meritt 1993

Herkert 1994 Birds Grasslands United States 0.5–650 ha
Bellamy, Hinsley, and Newton 1996 Birds Temperate deciduous forest England 0.02–30 ha
Fukamachi, Iida, and Nakashizuka Plants Temperate mixed broadleaf/ Japan 1.8–261 ha

1996 conifer forest
Leach and Givnish 1996 Plants Grasslands United States 0.2–6.0 ha
Grashof-Bokdam 1997 Plants Temperate broadleaf forest The Netherlands 0.04–770 ha
Kruys and Jonsson 1997 Lichens Boreal forest New Zealand 0.4–15.9 ha
Hinsley et al. 1998 Birds Temperate broadleaf forest The Netherlands, United Kingdom, �0.5–15 ha

Denmark, Norway
Shanker and Sukumar 1998 Small mammals Montane forest India 0.2–60 ha
Grant and Berkey 1999 Birds Aspen forests United States �1–250 ha
Lindenmayer et al. 2000 Mammals Temperate broadleaf forest Australia 0.2–125 ha
Borgella, Snow, and Gavin 2001 Hummingbirds Tropical rainforest Costa Rica 0.3–226 ha



Shochat, Abramsky, and Birds Scrubland and planted conifer Israel 2.5–3000 ha
Pinshow 2001 forest

Beier, Van Drielen, and Birds Semi-deciduous forest Ghana, West Africa 3–33,000 ha
Kankam 2002

Gibb and Hochuli 2002 Arthropods Heathland and woodland Australia 0.04–164.4 km2

Bruhl, Eltz, and Linsenmair 2003 Ants Tropical rainforest Malaysia 1.46–438 km2

Ochoa-Gaona et al. 2004 Woody plants Tropical rainforest Mexico 10–265 ha
Summerville and Crist 2004 Moths Temperate broadleaf forest United States 1.7–289 ha
Watson, Whittaker, and Birds Littoral forest Madagascar 0.30–464 ha

Dawson 2004

Zhu et al. 2004 Plants Tropical rainforest China 3–75,000 ha
Feer and Hingrat 2005 Dung beetles Tropical rainforest French Guiana 1.1–38 ha
Murakami, Maenaka, and Ferns and fern Temperate forest Japan 0.11–60.3 ha

Morimoto 2005 allies
Gignac and Dale 2005 Lichens and Boreal forest Canada 0.002–17 ha

bryophytes
Harcourt and Doherty 2005 Primates Tropical forest Africa, Asia, Madagascar, South America 0.01–100 km2

Martínez-Morales 2005 Birds Tropical cloudforest Mexico 0.6–16,289 ha
Michalski and Peres 2005 Primates and Tropical forest Brazil 0.47–13,551 ha

carnivores
Guirado, Pino, and Roda 2006 Understory plants Forests Spain 8–18,000 ha
Lovei et al. 2006 Ground beetles Temperate broadleaf forest Hungary and Ukraine 41–3995 ha
Peak and Thompson 2006 Birds Riparian forests United States Width: 55–530 m



also MacNally, Bennett, and Horrocks 2000). For example, insect species with

poor dispersal abilities persisted in large heathland fragments but not in small

ones (Hopkins and Webb 1984), presumably because the small fragments were

insuªcient to maintain viable populations, and these insects were unable to dis-

perse to more suitable habitat. Similarly, the relatively sedentary Florida scrub

lizard (Sceloporus woodi) is a poor disperser and appears to be constrained to large

habitat patches in central Florida (Hokit, Stith, and Branch 1999). Rare species,

which tend to be more specialized in their feeding habits than common species,

have been shown to be particularly sensitive to decreases in habitat fragment size

(Terborgh and Winter 1980; W. Laurance 1990, 1991). For example, Cabot’s tra-

gopan (Tragopan caboti), a pheasant endemic to southeastern China, is a habitat

specialist, has poor dispersal abilities, is non-migratory, and was absent from

small, isolated forest patches (Deng and Zheng 2004). Ecologists on other conti-
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Figure 3.1. The number of forest bird species per transect in 35 forest fragments in

Ghana, West Africa, in relation to forest fragment area. The two open circles represent

outliers: the lower left outlier has fewer species than expected for a fragment of its size,

but this was the most isolated forest fragment; and the upper right outlier also had fewer

species than expected for its size, but this fragment was dominated by an exotic tree

species. Redrawn from Beier, Van Drielen, and Kankam (2002).



nents have made similar observations for relatives of these comparatively large,

chickenlike birds. In particular, for hazel grouse (Bonasa bonasia) in Sweden

(Åberg, Swenson, and Andrén 2000) and greater prairie chickens (Tympanuchus

cupido) in the midwestern United States (Winter and Faaborg 1999), the proba-

bilities of occurrence were greater in large than in small habitat fragments.

The studies just described noted the presence/absence patterns of species in

relation to fragment size. Alternatively, species may be present in small frag-

ments, but persist at either lower (e.g., Crooks et al. 2001; Crooks, Suarez, and

Bolger 2004) or higher (MacNally, Bennett, and Horrocks 2000) population sizes

than in larger fragments. The magnitude of the e¤ects of patch size on popula-

tion abundance may be influenced by characteristics of the species themselves

(as noted above) or of the landscapes in which they occur. Bender, Contreras, and

Fahrig (1998) performed a meta-analysis of 25 di¤erent studies that reported

patch-size e¤ects on populations of 134 di¤erent species of birds, mammals, and

insects. They related the magnitude of the patch-size e¤ect to the general features

of the species and the landscapes in which they occurred, including such factors

as habitat aªnities of the species, whether the species were migratory or resi-

dent, taxonomic group, trophic status, geographic location, and percent cover of

habitat in the surrounding landscape. They concluded that habitat association ex-

plained most of the variation among species in their response to changes in patch

size. Specifically, the population density of edge species (those species primarily

associated with habitat edges; see chapter 5) was negatively associated with patch

size, but the population density of interior species (those species primarily as-

sociated with core habitats) was positively related to patch size. For generalist

species (those with no clear association with edge or interior habitats), there was

no discernible e¤ect of patch size and population density. The authors also noted

that resident species were more strongly a¤ected by reductions in patch size than

were migratory species, and that western hemisphere species (North and South

America) showed greater responses to changes in patch size than did eastern

hemisphere species (Europe, Africa). The latter result is intriguing, because it

suggests that there may be fewer area-sensitive birds remaining in the Eastern

Hemisphere, since it has been inhabited by humans for a greater length of time

than the Western Hemisphere (Bender, Contreras, and Fahrig 1998).

If the population sizes or densities of particular species in smaller fragments

are indeed lower than those in larger fragments, what is the cause? Four basic

processes are responsible for changes in population size—birth, death, immi-

gration, and emigration—and these demographic factors are likely to vary under

di¤erent conditions. Much of what we know about demographic shifts in relation
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to patch size comes from experimental fragmentation studies, which will be dis-

cussed in the following chapter. But several observational studies—such as the

recent meta-analysis of demographic responses by birds to forest fragmentation

by Lampila, Monkkonen, and Desrochers 2005—point to specific demographic

processes that explain changes in population abundance with fragment size. For

example, the reproductive output by ovenbirds (Seiurus aurocapillus) in decidu-

ous forests in Pennsylvania was 20 times lower in small forest fragments than in

large forested areas (Porneluzi et al. 1993). Large habitat patches occupied by

New England cottontails (Sylvilagus transitionalis) in the northeastern United

States were more resource-rich than small habitat patches, resulting in a nutri-

ent limitation for rabbits on small patches and, ultimately, higher mortality rates

on small as opposed to large patches (Villafuerte, Litvaitis, and Smith 1997). In

Oregon, recruitment of the forest understory herb Trillium ovatum was reduced

significantly for plants growing near clear-cut edges than for those in interior

habitats in the forest (Jules 1998). Because smaller fragments have a proportion-

ately greater edge habitat, a logical inference from this study is that smaller frag-

ments should have lower Trillium recruitment than larger fragments. Each of the

studies mentioned above demonstrates a change in a particular demographic pa-

rameter in relation to habitat fragment size or edge e¤ects.

Shifts in demographic parameters in patches of di¤erent sizes may ultimately

be caused by altered interspecific interactions. Further research on the under-

story herb Trillium ovatum revealed that the lower recruitment of plants near for-

est edges was most likely due to decreased seed production, which in turn was

caused by shifts in pollination and increased seed predation by rodents (Jules and

Rathcke 1999). Similar findings of reduced pollination in fragmented habitats

have been found for a meadow herb in Sweden (Jennersten 1988) and for several

plant species that inhabit the Argentinean Chaco (Aizen and Feinsinger 1994).

Higher seed predation on T. ovatum by deer mice (Peromyscus maniculatus) in for-

est edge habitats bolstered mouse survival and dispersal, resulting in three- to

four-fold di¤erences in mouse densities in forest fragments as compared to con-

tinuous forest (Tallmon et al. 2003). Avian nest predation and brood parasitism,

which have been studied in great detail, tend to be higher in small forest frag-

ments than in large fragments or a continuous forest, and have caused the in-

creased mortality and decline of songbird populations (Brittingham and Temple

1983; Wilcove 1985; J. Gibbs and Faaborg 1990). These intriguing domino e¤ects

of landscape change involve multiple species and their interactions.
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fragment isolation

By now it should be quite obvious that there is almost always a positive relation-

ship between the size of habitat remnants and species richness within those frag-

ments. For some species, but not all, there is also a positive relationship between

patch size and population density or abundance. But the e¤ects of patch isola-

tion, to which we now turn, are not so ubiquitous and consistent. Many studies

that examine both patch size and isolation in relation to species richness or pop-

ulation density find a primary e¤ect of patch size and a secondary or negligible

e¤ect of patch isolation (e.g., Bellamy, Hinsley, and Newton 1996; Bruun 2000;

Brotons and Herrando 2001; Fernández-Juricic 2004; Krauss et al. 2004; Watson,

Whittaker, and Dawson 2004; Harcourt and Doherty 2005), while others show

e¤ects of isolation that are equal to or greater than the e¤ects of patch size

(Estrada, Coates-Estrada, and Meritt 1998; Kehler and Bondrup-Nielsen 1999;

Kolozsvary and Swihart 1999; Deng and Zheng 2004; Ficetola and De Bernardi

2004; Piessens et al. 2004; Parris 2006). For example, Feer and Hingrat (2005)

noted that the species richness and abundance of dung beetles in tropical forest

fragments in French Guiana were positively related to fragment size, but not

significantly related to measures of fragment isolation. In contrast, Piessens et al.

(2004) studied plant species richness in remnant heathland patches in Belgium

and found that species richness increased with area, but was even more strongly

influenced by measures of patch isolation.

Part of the diªculty in discerning consistent isolation e¤ects is that patch iso-

lation is rather tricky to measure. Recall that island biogeography theory de-

scribed isolation in terms of the distance of an island from a mainland source of

colonists, which is quite sensible for terrestrial species that cannot possibly in-

habit the marine environment. But for habitat patches in fragmented landscapes,

isolation may be measured in various reasonable ways, depending on landscape

characteristics and species’ sensitivities to habitat types or to land uses sur-

rounding the habitat remnants. This section will briefly review the ecological the-

ories underlying investigations of patch isolation, explore how isolation has typ-

ically been measured in the field and in computer simulations, cite evidence for

species’ responses to fragment isolation, and discuss some factors that influence

the various responses of species to isolation.
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Theory Related to Isolation

Two main bodies of ecological theory, island biogeography theory and metapop-

ulation theory, relate population and community dynamics to patch isolation.

Each of these theories provides testable predictions for understanding organ-

isms’ responses to isolation. Recall from chapter 2 that the key prediction from

MacArthur and Wilson’s (1967) island biogeography theory regarding habitat iso-

lation was that closer islands should have higher immigration rates than more

distant islands. J.H. Brown and Kodric-Brown (1977) contributed the idea of the

rescue e¤ect, suggesting that both island size and distance may influence the ex-

tinction rate of species on islands and, consequently, patterns of species richness.

Later developments suggested that habitat corridors may facilitate movement

among fragments and e¤ectively serve to reduce habitat isolation (E. Wilson and

Willis 1975; Simberlo¤ and Cox 1987; A. Bennett 1990).

Metapopulation theory describes the population dynamics of single species 

in patchy or fragmented habitats. Recent advances in metapopulation theory 

also suggest that habitat corridors can modify species persistence by enhancing

the rates of colonization among metapopulations (e.g., McCullough 1996). Too

much movement among patches, however, may cause the population dynamics

in patches to become synchronized, so that the persistence of the overall meta-

population may be threatened.

Measuring Isolation

Patch isolation may meaningfully influence the number of species that can per-

sist in a habitat fragment, as well as the abundance of a particular species within

a fragment. But as mentioned above, measuring isolation is more complicated

than it may appear at first glance. It is tempting to claim here that patch isolation

is far more diªcult to measure than patch size. That is probably true, although

defining just what constitutes a habitat patch for a particular organism may prove

annoyingly elusive. In most published studies where patch size has been re-

ported, the measurements are for clearly defined habitat fragments, such as for-

est remnants in agricultural landscapes or chaparral fragments within urbanized

landscapes. Moreover, as discussed at length in chapter 1, Fahrig (2003) pointed

out that many studies measure species’ responses to changes in patch size at the

local scale, but do not measure the overall amount of habitat in the broader land-

scape. Landscapes that have larger patches usually also have a greater overall
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amount of habitat. Thus conclusions based solely on local patch size may actu-

ally reflect species’ responses to the amount of habitat in the broader landscape.

To return to the related issue of isolation, many measures of patch isolation,

unfortunately, have been confounded with measures of the amount of habitat in

the landscape (Fahrig 2003). Specifically, patch isolation, as described in most

studies, is actually a measure of the amount of habitat in the broader landscape.

To disentangle the e¤ects of patch size and isolation, Fahrig recommended that

researchers statistically control for the amount of habitat when measuring land-

scape fragmentation. Because isolation may depend on such critical factors as the

species or landscape under study, there has been much discussion in the litera-

ture over how best to measure isolation (and its inverse, connectivity), specifically

with regard to how species perceive and move through di¤erent landscapes (e.g.,

Tischendorf and Fahrig 2000, 2001; Moilanen and Nieminen 2002; Bender, Tis-

chendorf, and Fahrig 2003; Tischendorf, Bender, and Fahrig 2003; Calabrese and

Fagan 2004).

Essentially there are two categories of isolation measurements, focused either

on structural or functional aspects of connectivity (Calabrese and Fagan 2004).

Structural connectivity measures aspects of the spatial characteristics of the land-

scape, independent of the movement abilities of species that inhabit the land-

scape. Functional connectivity includes both physical landscape features and the

movement abilities of the species found in that landscape. According to Cala-

brese and Fagan’s (2004) useful classification scheme, functional connectivity

comes in two flavors: potential, which incorporates the predicted dispersal abili-

ties of species, and actual, which takes into account the measured movement

pathways of individuals. To illustrate the di¤erence between structural and func-

tional connectivity, consider the isolation of two small towns near where I live 

in the mountains of Colorado. The structural connectivity (expressed as the

straight-line distance) between the towns of Jamestown and Nederland is only

about 20 km. But the functional connectivity for a human in an automobile, fol-

lowing paved roads, is closer to 40 km. And if that human were adventurous

enough to ride a mountain bike between the two towns, the functional connec-

tivity would be about 25 km.

Most of the research cited in this chapter measured structural connectivity, or

isolation in relation to the physical features of the landscape. The method typi-

cally used in these studies is to locate a point in patch A (either at the patch cen-

ter or at an edge) and a point in patch B on a map and then measure the shortest

distance between the two points. With multiple patches in a landscape, the usual
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method is to measure the nearest-neighbor, straight-line distance, that is, the

shortest distance that one particular habitat patch is from another patch of suit-

able habitat. A recent review of papers that reported connectivity measurements

found that 44% of the studies used some type of nearest-neighbor distance mea-

surement to estimate isolation (Moilanen and Nieminen 2002). For example,

Soulé et al. (1988) studied bird species richness in chaparral fragments in South-

ern California and measured isolation in two ways: first, as the distance from one

chaparral fragment (canyon) to the nearest canyon that contained suitable habi-

tat and species composition, and second, as the distance to the nearest canyon

that was of an equivalent size to or larger than the focal fragment. Similarly,

Enoksson, Angelstam, and Larsson (1995) used distance-based criteria to define

deciduous forest patches in Sweden as isolated or aggregated. Isolated patches

were surrounded by very few other deciduous patches within a 4 km radius (the

average distance between patches was 1.4 km), whereas aggregated deciduous

forest patches were those that were situated in close proximity to other deciduous

forest patches (here the average distance between patches was 363m). Turchi et

al. (1995) incorporated both inter-patch distance and patch area into four mea-

sures of isolation for aspen stands in Colorado’s Rocky Mountains. The reason-

ing behind the area-weighted distance measures was that a forest fragment

would e¤ectively be less isolated if it is 1 km from a large forest patch than if it is

1 km from a small one (recall Fahrig 2003). Finally, Petit et al. (2004) developed

three measures of isolation for ancient British woodland patches: the total area

of woodland within 500 m of a forest patch, the total number of woodland

patches within 500 m of the focal patch, and the length of hedgerows and lines

of trees within a 1 km square surrounding the focal woodland fragment. All of

these isolation measures describe structural connectivity (sensu Calabrese and Fa-

gan 2004) in that they account for isolation based on habitat features present in

the landscape but do not explicitly consider the ease with which plants or animals

move among the fragments.

Fragment Isolation and Species Richness

Having considered the theoretical underpinnings of patch isolation and the prac-

ticalities of measuring isolation in the field, the question now becomes, How well

do observations of habitat fragments that are isolated to varying degrees fit pre-

dictions of ecological theory? In the case of island biogeography theory and its

modifications, observational studies often, but not always, show inverse relation-

ships between species richness and patch isolation. Many of the ones that exam-
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ine both patch size and isolation in relation to species richness or population den-

sity show negative e¤ects of isolation that are equal to or greater than the positive

e¤ects of patch size on species richness (Grashof-Bokdam 1997; Estrada, Coates-

Estrada, and Meritt 1998; Kehler and Bondrup-Nielsen 1999; Kolozsvary and Swi-

hart 1999; Deng and Zheng 2004; Ficetola and De Bernardi 2004; Piessens et al.

2004; Parris 2006). Other research finds a primary e¤ect of patch size and a sec-

ondary or negligible e¤ect of patch isolation on species richness (Bellamy, Hins-

ley, and Newton 1996; Bruun 2000; Fernández-Juricic 2000; Brotons and Her-

rando 2001; Krauss et al. 2004; Watson, Whittaker, and Dawson 2004; Harcourt

and Doherty 2005). The lack of consistency in e¤ects of isolation among these

and other studies may be at least partly due to the way isolation is defined (Fahrig

2003). As an example of the relatively stronger e¤ects of patch isolation than of

size, Piessens et al. (2004) examined plant species richness in remnant heathland

patches in Belgium and found that species richness increased with area, but was

even more strongly influenced by five di¤erent measures of patch isolation. In

particular, the results provided evidence for both spatial and temporal rescue

e¤ects. Species appeared to be able to disperse easily between closely spaced

patches, preventing extinctions and maintaining relatively high species richness

in less isolated patches. Additionally, species with short-lived seeds that do not re-

main for extended periods in the soil seed bank were more sensitive to isolation

(i.e., they were absent or less abundant in more isolated patches) than species

with longer-lived seeds (table 3.2). This is evidence for a temporal rescue e¤ect or

storage e¤ect (sensu Warner and Chesson 1985), with the persistence of a species
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Table 3 .2

E¤ects of heathland fragment isolation, measured in five di¤erent ways, on the
occurrence of plant species with low or high seed longevity, where high seed
longevity refers to species with a more persistent seed bank. Connectivity was an
area-weighted distance measure that takes into account all other heathland patches.
Low seed longevity refers to categories 1 and 2 of Piessens et al. (2004), and high
longevity refers to their categories 3 and 4. Correlations between the number of
species of each category in heathland patches and patch isolation measures are as
follows: *** represents P � 0.001, ** represents a P-value between 0.001 and 0.01, 
* represents a P-value between 0.05 and 0.01, NS equals not significant, 
� represents a positive correlation, � represents a negative correlation. 
Compiled from Piessens et al. (2004).

Seed longevity Low High

Distance to nearest patch *** (�) NS
Mean distance to nearest five patches *** (�) NS
Area of heathland within 100 m *** (+) * (+)
Area of heathland within 500 m *** (+) ** (+)
Connectivity *** (+) *** (+)



over time occurring via survival in the soil seed bank, even in more isolated

patches.

The e¤ects of isolation may be most severe for relatively sedentary species,

such as vascular plants, and for species that require two or more habitat types to

complete their life cycle, such as amphibians. Herbaceous plants of ancient

woodland patches in Britain (Petit et al. 2004) showed distribution patterns sim-

ilar to plants in the heathland patches described above (Piessens et al. 2004). The

study focused on British ancient woodland indicator species, which are species

known to occur primarily in old-growth forest habitats that are relatively weak

dispersers. For 218 woodland patches located in the British lowlands, Petit and

his colleagues observed the strong e¤ects of two measures of fragment isolation

on herbaceous plant species richness in woodland fragments. The total length of

linear wooded features (hedgerows and lines of trees) within 500 m of a forest

patch had a strong positive influence on species richness within the patch, and

the total area of woodland within 500 m of the fragment secondarily influenced

species richness. Thus these wooded linear features in the landscape may serve

as refugia or as dispersal corridors for forest-specialist plant species.

Amphibians typically require aquatic habitats for breeding and for their larval

life stages, and terrestrial habitats for their adult life stages. This life-history fea-

ture may render them particularly sensitive to habitat isolation, since they must

move between these habitat types several times during their lives (Cushman

2006). Parris (2006) studied amphibian assemblages in ponds situated in public

parks within the urban context of Melbourne, Australia. As a measure of isola-

tion, Parris quantified the area covered by paved roads within 500 m of the cen-

ter point of each pond. This measure assumes that roads form at least partial bar-

riers to the movement of amphibians across this landscape and that higher

densities of roads will cause greater isolation. Interestingly, this isolation of

ponds by roads had the greatest e¤ect on amphibian species richness within the

ponds, compared to the e¤ects of pond area and local habitat variables. Ponds

surrounded by high road cover contained only a small fraction of the species that

occurred in ponds surrounded by low road cover. Parris surmised that with in-

creasing urbanization and road-building, these ponds may become even more

isolated, so that the rescue of species from extinction or the recolonization of

ponds following local extinction may become increasingly unlikely.

In a rather extreme instance of habitat isolation, the tropical forest reserve that

is now Barro Colorado Island (BCI) is a land-bridge island that was continuous

with the mainland of Panama prior to construction of the Panama Canal and

Lake Gatun in 1914. It has been estimated that approximately 65 of an original
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209 bird species that were present prior to isolation have now gone extinct on this

1600 ha island (Willis 1974; Karr 1990; W. Robinson 1999). Studies of a suite of

forested islands in Lake Gatun created at the same time revealed similar patterns

of species loss in relation to habitat isolation. Tropical tree species richness was

lower on six islands than in comparable areas on the mainland (Leigh et al. 1993).

In other cases, isolation may play a secondary or even negligible role in deter-

mining species richness within fragments. For example, Turchi et al. (1995) stud-

ied bird communities associated with aspen stands in Rocky Mountain National

Park, Colorado, and found no significant e¤ects of isolation on bird species rich-

ness, despite using four di¤erent measures of isolation. For birds in the Mediter-

ranean basin, Brotons and Herrando (2001) observed that fragment area ex-

plained 70% of the variance in species richness among pine fragments in an

agricultural matrix, and that fragment isolation contributed relatively less to de-

termining species composition. Similarly, species richness and the abundance of

dung beetles in tropical forest fragments in French Guiana were positively re-

lated to fragment size but not significantly related to measures of fragment iso-

lation (Feer and Hingrat 2005), and Veddeler et al. (2005) observed no e¤ects of

isolation on tropical butterfly species richness in Indonesia, at least for forest

fragments separated by up to 1700m.

Fragment Isolation and Population Occurrence

As with relationships between species richness and patch area, relationships be-

tween species richness and patch isolation ultimately represent the collective re-

sponses of particular species to the spatial structure of landscapes. Shifts in pop-

ulation occurrence may be driven by changes in species interactions in isolated

habitats, but most studies of these phenomena either are of naturally patchy sys-

tems or use experimental approaches, so they will be considered elsewhere in

this book. Several studies have specifically examined the responses of individual

species (primarily species occurrence rather than abundance) to fragment isola-

tion across a range of habitat types and life forms. For example, three of six 

forest-dwelling bird species in south-central Sweden appeared with lower fre-

quency in deciduous forest patches isolated by coniferous forest than in decidu-

ous forest patches that were more closely aggregated (Enoksson, Angelstam, and

Larsson 1995). In New South Wales, Australia, the decline in the presence of the

brown treecreeper in fragmented forests is thought to be due primarily to dis-

rupted dispersal caused by habitat isolation (Walters, Ford, and Cooper 1999).

The incidence of Cabot’s tragopan in forest fragments of southeastern China was
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positively a¤ected by fragment size (mentioned above), and negatively a¤ected 

by isolation (Deng and Zheng 2004; see fig. 3.2). These birds were found with

greater frequency in forest fragments that were within 500m of the nearest suit-

able habitat than in forest fragments that were more than 1000m apart. For three

of four ranid (frog) species studied in fragmented wetland habitats in the mid-

western United States, habitat isolation had a strong negative e¤ect on occur-

rence (Kolozsvary and Swihart 1999). Kehler and Bondrup-Nielsen (1999) found

significant e¤ects of isolation on the presence of a fungivorous forest beetle, Boli-

totherus cornutus, in fragmented and continuous forests. They compared beetle

occurrence patterns using isolation measures that included the distance to forest

patches occupied by the beetles and forest patches unoccupied by them, but

found no di¤erence in beetle occurrence using these two types of measures.

Shifts in occurrence patterns of a particular species may be explained by the

behavioral attributes of the species. For example, the isolation of remnant shrub-

lands in western Australia alters dispersal behavior and social interactions of the

white-browed babbler (Pomatostomus superciliosus) (Cale 2003). These birds are

relatively sedentary, cooperative breeders, and both males and females may dis-

perse from their natal habitat to find new breeding opportunities. Male birds

were hesitant to disperse to patches more than 1 km from their natal patch,
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Figure 3.2. The number of lower montane forest fragments in southeastern China in

which Cabot’s tragopan (Tragopan caboti) was present (gray bars) and absent (white bars)

in relation to that fragment’s distance from the next-nearest fragment, calculated for four

distance classes. Thirty-one fragments were sampled, which ranged in size from 2.5 to

48.5 ha. Redrawn from Deng and Zheng (2004).



which resulted in smaller social groups in isolated patches and perhaps lower lev-

els of productivity in these patches.

conservation controversies

The ecological relationships between species richness and fragment size and iso-

lation are key components of theories in population and community ecology.

They were featured prominently in the early principles of reserve design (Willis

1974; Diamond 1975; E. Wilson and Willis 1975) and have become cornerstones

of modern conservation science. Ecologists and conservation biologists have de-

bated—with considerable fervor—three particular issues that arise from these

relationships. Each of these ecological concepts is essentially a hypothesis to be

tested in the real world of conservation. First, given the consistent positive rela-

tionship between island or habitat area and species richness, one reserve design

principle is that a large reserve is better than a small reserve. Similar reasoning

led to the principle that a single large reserve would better protect biodiversity

than several small reserves whose total area equaled that of the large reserve (Di-

amond 1975; Terborgh 1975; E. Wilson and Willis 1975). Second, species-area re-

lationships have been used to predict rates of species extinctions given the ex-

pected rates of habitat loss (E. Wilson and Willis 1975; E. Wilson 1992). Third,

given that isolated habitat fragments often have fewer species compared to more

continuous habitat, another reserve design principle is that extinction rates will

be lower when reserves are connected by corridors rather than when they are iso-

lated (Diamond 1975; E. Wilson and Willis 1975). These will be discussed one at

a time, starting with sloss.

Single Large or Several Small (sloss)?

Species-area curves show that the number of species typically increases with

habitat area. Thus it is reasonable to assume that large reserves would contain

more species than small reserves, and that fragmentation of a large reserve into

smaller chunks of equal total area would diminish species richness. But the de-

gree to which a set of small reserves harbors fewer species than a large reserve

depends on how similar the small reserves are to one another in species compo-

sition (Quinn and Harrison 1988). E. Wilson and Willis (1975) stated that their

design principles applied to preserves in “a homogeneous environment” (p. 529).

This is a key qualifying statement, for if small patches are relatively homoge-

neous and all tend to support the same suite of species, then a collection of small
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reserves will cumulatively contain fewer species than a single large reserve. But

if the small patches vary substantially from one another in species composition,

then the set of small reserves is likely to contain cumulatively more species than

the single large reserve. Diamond (1975) similarly foresaw the importance of

habitat heterogeneity in his original discussion of this reserve design principle:

“Separate reserves in an inhomogeneous region may each favour the survival of

a di¤erent group of species; and . . . even in a homogeneous region, separate re-

serves may save more species of a set of vicariant similar species, one of which

would ultimately exclude the others from a single reserve” (p. 144).

In fact, the typical observation for most habitat islands that have been sur-

veyed is opposite to the “a single large preserve is better” principle. Collections of

small reserves tend to contain more species than a single large reserve, which

suggests that habitat heterogeneity must play a key role in determining the spa-

tial structure of species richness patterns, as E. Wilson and Willis (1975) and Di-

amond (1975) expected. For example, Simberlo¤ and Gotelli (1984) examined

plant species richness in remnant prairie and forest fragments from five di¤er-

ent data sets gathered in the midwestern United States (148 total fragments).

They found that where the total area was equal, groups of small sites tended to

have more species than single sites. A similar pattern was found for animals in

U.S. national parks (Quinn and Harrison 1988); vascular plants in mires (Viro-

lainen et al. 1998); grassland butterflies (Tscharntke et al. 2002); pond-dwelling

plants and animals (Oertli et al. 2002); plants in urban woodlots (Godefroid 

and Koedam 2003); and vascular plants, brophytes, day-active butterflies, and

grasshoppers in calcareous fens (Peintinger, Bergamini, and Schmid 2003).

The community property of nestedness has also been discussed widely in the

context of the sloss debate (e.g., Cutler 1991; R. Cook 1995; Boecklen 1997). A

species assemblage that is perfectly nested is one in which the collection of species

in species-poor sites is a subset of species that occur in species-rich sites. If there

is a positive relationship between species richness and area, and the biota is per-

fectly nested, then small patches would be comprised of a subset of species that

occur in the large patches. With such a pattern, rare species, which are usually

the species of conservation concern, would be present in large patches, but they

would be less likely to occur as patch size declined. Using this logic, if an as-

semblage is perfectly nested, then a single large patch should always be a prefer-

able reserve design to several small patches.

Some research has examined the degree of nestedness within assemblages,

with varying results. Boecklen (1997) reviewed a series of published studies on

species distributional patterns and observed that nestedness varied substantially
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among groups and study systems, making it diªcult to generalize nestedness

patterns to the sloss discussion. In fact, he concluded that “nestedness says little

about optimal reserve design and management, and appears to be a weak con-

servation tool” (p. 123). Others have observed highly nested species assemblages

in at least some of the communities that they have studied, ranging from plants

to butterflies to vertebrates (Honnay, Hermy, and Coppin 1999; Fleishman and

MacNally 2002; Berglund and Jonsson 2003; Godefroid and Koedam 2003; Don-

lan et al. 2005). Fischer and Lindenmayer (2005) perhaps best summarize the rel-

evance of nestedness to reserve design by highlighting the distinction between

perfectly nested assemblages and significantly nested ones. Their point is that

unless an assemblage is perfectly nested, then a single large reserve will not nec-

essarily be preferable for the maintenance of biodiversity than several small re-

serves.

But whether a single large reserve is better than several small ones also de-

pends on what metric is being used to measure “better.” Some species may sim-

ply not be able to persist in small habitat fragments, due to their body size, home

range requirements, or dispersal mode. A collection of small reserves may often

maximize species richness compared to a single large reserve, but large reserves

may minimize the probability of species extinctions, especially for mammal

species (Picton 1979; Newmark 1986, 1987, 1995, 1996; McCarthy and Linden-

mayer 1999). Newmark (1987) analyzed local extinctions of large mammals in

North American national parks since the parks were established, using a com-

parison of historical records to present-day distributions. The analysis very

clearly showed that larger parks maintained a higher number of species over

time than did smaller parks, supporting the notion that large areas are essential

to minimize extinctions of particular species. These analyses were repeated for a

larger suite of mammals in North American parks and for six national parks in

Tanzania, and similar patterns were found: mammalian extinctions were in-

versely related to park size (Newmark 1995, 1996).

So the resolution to the sloss debate seems to depend on one’s conservation

goals. If the goal is to maximize species richness in reserves, all other things be-

ing equal, then a collection of small reserves will likely harbor more species, par-

ticularly if the habitat is relatively heterogeneous, than a single large reserve. If

the goal, however, is to minimize species’ extinctions or the extinction of a par-

ticular species, then a large reserve will almost always be preferable to a small re-

serve. In all likelihood, both goals will be important in reserve design, and some

combination of protected areas of varying sizes in varying habitat types will be 

the most suitable arrangement for biodiversity protection (e.g., see Peintinger,
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Bergamini, and Schmid 2003). Recent modeling e¤orts show that—depending

on the objectives and the distribution of diversity among habitats—a combina-

tion of reserve sizes may be appropriate (McCarthy, Thompson, and Possingham

2005; Wiersma and Urban 2005). Rarely, however, do we have the opportunity to

design a reserve system from scratch, so decisions must typically be made in the

context of existing protected areas.

Species-Area Curves and Extinction Rates

Species-area curves display distinct relationships between habitat area and spe-

cies richness. They are typically thought of as describing the increase in species

richness with increasing area, but one can also slide down this line to calculate

the extent to which species richness decreases with a decrease in area (fig. 3.3).

Thus species-area curves should be useful in estimating the rates of species loss

from expected rates of habitat loss. The magnitude of the e¤ect of species loss

will depend on the z-value, the slope of the line that describes the change in

species richness with area (see chapter 2). These z-values generally range be-

tween 0.15 and 0.40, and, by using a z-value of 0.30, a general rule emerges that

reducing habitat area by 90% reduces species richness by 50% (E. Wilson and
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Figure 3.3. A conceptual representation of estimated species loss with reduction in

habitat area, using species-area curves. When z � 0.20, the number of species lost as

habitat area is reduced (represented by the lower gray polygon) is relatively low compared

to when z � 0.30, where the number of species lost with the same reduction in area is

much greater (represented by the upper gray polygon).



Willis 1975; E. Wilson 1992). Based on historic and current rates of habitat de-

struction, and using a conservative z-value of 0.15, in 1992Wilson estimated that

human activities are committing 27,000 species per year to extinction, which is

1000 to 10,000 times the background extinction rate estimated from the fossil

record.

Critics have argued that these dramatic estimates of species extinctions have

not been realized. We are simply not seeing the number of species extinctions

that these estimates suggest we should be seeing. May, Lawton, and Stork (1995)

and Pimm (2002) noted that there are likely to be lengthy time lags in species’ re-

sponses to habitat loss. So even for species that have not yet gone extinct at the

expected rates due to habitat loss, the number of populations and individuals are

still in decline, and the species is “committed to extinction” (May, Lawton, and

Stork, p. 16). Thus we are likely to see the end results within the next century.

This time-lag phenomenon in species extinctions has also been referred to as the

extinction debt (e.g., by Vellend et al. 2006).

Briefly, then, z-values derived from species-area curves strongly influence ex-

tinction rate estimates, and z-values vary substantially among species groups and

habitats. Drakare, Lennon, and Hillebrand (2006) performed a quantitative meta-

analysis of species-area curve studies and found extensive and systematic varia-

tion in species-area curves related to species’ traits, geographic location, and

habitat type. Their review suggested that z-values are “strong indicators” of

species’ sensitivities to habitat loss. Additionally, the shape of species’ geographic

ranges (Ney-Nifle and Mangel 2000) and non-random patterns of habitat loss

(Seabloom, Dobson, and Stoms 2002) may cause extinction rates to even exceed

the estimates derived from classic species-area curves.

Habitat Corridors

In addition to reserve size, the isolation of nature reserves was considered in

shaping the principles of reserve design (E. Wilson and Willis 1975, Diamond

1975). Willis’s view of habitat isolation derived from his studies of birds on Barro

Colorado Island: “Limitation of human use of space will be most e¤ective in pre-

serving natural biotas if natural areas are not isolated islands in lakes or seas of

humanity but instead are linked by corridor zones” (Willis 1974, p. 167).

Habitat corridors are linear strips of protected habitat; in biological conser-

vation, they are proposed as a way to moderate the negative e¤ects of habitat 

isolation on animal movement and species persistence. Habitat corridors that

structurally link otherwise isolated habitat remnants are supposed to increase
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landscape connectivity by facilitating the movement of organisms between habi-

tat fragments, thereby reducing rates of species loss, enhancing probabilities of

colonization, and increasing overall species richness in connected fragments

(Simberlo¤ and Cox 1987; A. Bennett 1990; Saunders and Hobbs 1991; Lidicker

and Koenig 1996).

The ultimate test of this design-principle hypothesis would be to directly 

compare the species richness or population abundance of a particular species in

habitat fragments that are connected with corridors to fragments that are uncon-

nected. I first reviewed this topic over ten years ago (Collinge 1996) and con-

cluded at that time that there was insuªcient evidence to support or refute the

hypothesis that corridors enhance species richness. Rather surprisingly, there is

still relatively scant observational evidence that habitat fragments with corridors

have higher species richness or a higher abundance of particular species than iso-

lated fragments. Direct comparisons have not been done very frequently, and per-

haps this is due to the diªculty in coming up with reasonable sampling designs

in heterogeneous landscapes. As reviewed above, dozens of studies have been

conducted on how size and isolation (measured as distance or area-weighted dis-

tance) influence species richness and population abundance. But finding repli-

cated examples of connected and unconnected fragments for controlled compar-

isons is definitely more diªcult.

That said, there are a few studies in which fragments with corridors have been

compared to isolated fragments. Soon after the flurry of activity on design prin-

ciples in the mid-1970s, a group of researchers studying songbirds in deciduous

forests in Maryland noticed that one of their forest fragments supported a higher

number of bird species than would be expected from its relatively small size

(MacClintock, Whitcomb, and Whitcomb 1977). Closer examination and further

surveys revealed that this 35 acre forest remnant was connected by a “disturbed

corridor” to an adjacent 400 acre forest patch. They concluded that the presence

of this corridor explained the higher species richness in this woodlot compared

to other fragments of similar size that were more isolated. Despite the fact that

the authors observed only one example of the corridor phenomenon, this study

was widely cited for several years as evidence of the beneficial e¤ects of corridors.

A handful of additional observational studies provide support for the notion that

species richness is enhanced by corridors, and all come from tropical forest

ecosystems. Bat species richness in the forests of French Guiana was positively

a¤ected by the presence of forested corridors (Brosset et al. 1996). In Costa Rica,

agricultural windbreaks connected to forests had significantly higher forest tree

species richness than windbreaks that were not connected (Harvey 2000). And
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the diversity of small mammals within fragments of Atlantic coastal forest in

Brazil was lower in isolated fragments as compared to those connected by corri-

dors (Pardini et al. 2005).

Several observational studies of the e¤ects of corridors on species composi-

tion in fragmented habitats have been discussed here. The bulk of evidence on

the utility of corridors in conservation, however, comes from experimental stud-

ies, which will be covered in the next chapter. These are ultimately more power-

ful than observational studies, since they normally involve surveys of species be-

fore and after habitat isolation occurs, and usually attempt to experimentally

control other factors that influence species abundance and distribution, includ-

ing fragment size, shape, context, and habitat heterogeneity. Other evidence comes

from research that had slightly di¤erent goals than measuring species richness

in connected and unconnected fragments. For example, if corridors are to be

used in linking protecting areas, then we need to know whether animals and

plants find corridors to be suitable, so many papers have focused on the use of

corridors as habitat and movement pathways by di¤erent species (Lindenmayer,

Cunningham, and Donnelly 1993; Lindenmayer 1994). Modeling studies may

also extend research on habitat use or movement by simulating the likely e¤ects

of corridors for various species (e.g., the white-footed mouse in Fahrig and Mer-

riam 1985).

synthesis

If you remember only one thing from this book, it will probably be that larger

chunks of habitat support more species than smaller chunks of habitat. Ecologi-

cal theory predicts this positive species-area relationship, and a vast collection of

studies confirms this prediction. Because species richness is so tightly linked to

habitat area, it should be no surprise by now that the major reason for species de-

cline in the past 50 years is because rates of habitat loss are unprecedented. Some

species are particularly vulnerable to habitat loss, due to certain life-history traits

such as low mobility, rarity, and large body size. Generalist species tend to be

much more able to withstand the consequences of shrinking habitats.

This chapter also emphasized the e¤ects of fragment isolation, since both size

and isolation are derived from ecological theory and have been very frequently

cited in fragmentation studies. Isolation can be measured in a variety of ways and

ultimately is in the eye of the beholder. Whether a forest fragment surrounded by

an agricultural field is considered to be isolated depends on the perspective of the

species that live in the forest. If the agricultural field is a place where predators
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lurk and desiccation is highly likely, then the forest patch probably represents the

entire universe for that species. Conversely, for species that are able to move

freely through agricultural fields, the forest fragment may just be one of many

habitat patches used by them. So isolation may critically a¤ect some species but

not others, depending on their behavioral and physiological traits.

Despite the importance of fragment size and isolation, many authors have

also observed that these two features of habitat fragments are not necessarily the

whole story. Size and isolation may influence species composition and popula-

tion abundance by interacting synergistically with habitat quality (e.g., J. Thomas

et al. 2001), fragment age (Soulé et al. 1988; Veddeler et al. 2005), edge e¤ects

(Parker et al. 2005), landscape context (Forman 1995; Ewers and Didham 2006),

and, importantly, with each other (Fahrig 2003). Moreover, size and isolation

measured at the local scale of fragments must be considered in view of the com-

position and configuration of the broader landscape (Andrén 1994; Fahrig 1997,

2003). For these reasons, the next generation of empirical and theoretical studies

incorporates multiple factors that describe habitat spatial structure and their eco-

logical consequences.
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Experimenting with 
Fragmentation

In principle, fragmentation experiments could provide a

rich testing ground for theories and methodologies dealing

with spatiotemporal dynamics.

—Diane M. Debinski and Robert D. Holt (2000)

Previous chapters extensively covered the theories that relate to habitat loss and

fragmentation and considered ecological observations related to changes in patch

size and isolation. As many of these early observations were appearing in the

published literature, however, skepticism surfaced in the scientific community.

Critics asked whether the observed ecological patterns represented the real re-

sponses of species to habitat loss and fragmentation, or if they were reactions to

some other, confounded environmental variables. Particular questions arose.

Can cause and e¤ect relationships between landscape change and species’ re-

sponses be established? And do we know anything about the mechanisms re-

sponsible for the observed responses? In many cases, the answer to these two

questions was a resounding “maybe,” but not an unequivocal “yes.” Field obser-

vations are essential to understanding species’ responses to habitat spatial struc-

ture, but the most obvious way to resolve cause and e¤ect, and to determine

mechanisms, is to conduct experiments where habitat size, isolation, and frag-

mentation are properly controlled and where ecological responses are measured.

Researchers responded to these knowledge gaps by designing creative field and

laboratory experiments to specifically test ecological theory and determine the



mechanisms responsible for species’ responses to habitat loss and fragmenta-

tion.

There are several benefits to be gained by conducting experiments. First, re-

searchers can directly test predictions of ecological theory using real organisms

that occur in real habitats. If results are consistently incongruous with theoretical

predictions, then theories are revised or expanded, and our scientific knowledge

creeps forward. Second, a significant advantage of experiments is that researchers

can take measurements prior to as well as after experimental manipulation, in or-

der to directly assess the e¤ects of a particular intervention. If the experiment is

well designed and controlled, then the ecological responses can be directly at-

tributed to the experimental manipulation(s). Third, because researchers are

present both before the experiment starts and as the experiment proceeds, they

can witness the dynamics of ecological responses over time. This may be an es-

pecially meaningful way to understand the mechanisms responsible for particu-

lar ecological responses.

An additional advantage of manipulative experiments of habitat loss and frag-

mentation is that, if properly designed, they can disentangle the e¤ects of loss

versus fragmentation per se. As discussed in chapter 1, the term habitat frag-

mentation has come to mean many things; some have argued that its meaning

has been lost in its overuse and misuse (e.g., Haila 2002; Fahrig 2003; Linden-

mayer and Fischer 2006). Some of the experiments discussed here focus on the

ecological e¤ects of variation in patch size and isolation, while others concentrate

on the influence of habitat subdivision, or fragmentation in the strict sense. The

former experiments are technically not tests of the e¤ects of fragmentation per

se, but they do provide insights into how habitat loss and isolation influence eco-

logical processes. In practice, both types of experiments are useful for and rele-

vant to the conservation of biological diversity, but it is critically important to un-

derstand the di¤erences between the impacts of loss versus fragmentation and

then to interpret experimental results accordingly.

Debinski and Holt (2000) surveyed literature in ecology and conservation bi-

ology published from 1984 to 1998, explicitly seeking terrestrial, field-based, ex-

perimental fragmentation studies. They found 20 such studies that met their cri-

teria and noted the rapid increase in fragmentation experiments in recent years

(they counted three ongoing experiments in 1988 versus 14 ongoing studies at

the time of their literature review). This chapter expands the scope of that review

to include fragmentation studies in laboratory as well as field settings, and in ma-

rine as well as terrestrial ecosystems. For ease in discussing this topic, the exper-

iments are divided into three categories, which, for simplicity, will just be called
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small, medium, and large. But this categorization is certainly not intended to im-

ply that small experiments are less meaningful than large ones. Experiments in

each category have their advantages and disadvantages, but all contribute to the

body of knowledge regarding the ecological e¤ects of habitat loss and fragmen-

tation.

Small experiments are those conducted in laboratory microcosms, typically in

an aquatic medium with planktonic organisms, but they also include species

such as fruit flies (Drosophila spp.). These microcosm experiments are essentially

extensions of theoretical models (see chapter 9), yet they are more realistic than

models in that they allow tests of real processes (e.g., predator-prey interactions)

using real organisms in real systems (e.g., bacteria and protozoa in aquatic habi-

tats). The main advantage of microcosm experiments is that it is relatively easy to

design an experiment with a high number of replicates, facilitating rigorous sta-

tistical analyses and interpretation. A further gain is that dynamics can be fol-

lowed over many generations of the study organisms (since bacteria and proto-

zoa reproduce very quickly), allowing an examination of both short-term and

long-term responses to experimental manipulation. Medium experiments are

those that move outside the laboratory and typically involve manipulations of 

relatively short-lived species, such as small mammals, insects or other micro-

arthropods in terrestrial ecosystems, or other invertebrate groups, such as crabs

and shrimp in marine ecosystems. Such experiments are usually conducted at

spatial scales that also allow easy manipulation of key factors. Generally, however,

it is not possible to conduct an experiment with as many replicates as in small ex-

periments, and the organisms are observed over fewer generations, so there is

less capacity to view and understand long-term dynamics. Finally, large experi-

ments usually have the distinct advantage of allowing the examination of larger

organisms that move over broader spatial scales (such as birds or primates),

which may be particularly useful when it comes to incorporating experimental

results into conservation planning actions. In many cases, large experiments are

so time- and labor-intensive to establish that they have been continued for at least

one or two decades in order to observe both short- and longer-term ecological dy-

namics. But generation times for larger organisms are much longer than for or-

ganisms in microcosms, so there are still limitations to understanding the eco-

logical e¤ects over many generations.

This chapter reviews the experimental designs and major findings of selected

studies that fall along the gradient from small microcosm experiments to me-

dium mesocosm (or microlandscape) experiments to large forest and grassland

fragmentation experiments. Because an explicit discussion of species interac-
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tions is featured in chapter 7, this chapter concentrates primarily on experiments

that examine the dynamics of single species populations or aggregate commu-

nity responses, such as those of richness or diversity to experimental loss and

fragmentation. Along the way, the chapter will highlight the tradeo¤s among

these di¤erent experimental approaches; point out whether these experiments

focus specifically on habitat loss, isolation, or fragmentation; discuss how results

from di¤erent experimental systems relate to one another; and consider the types

of insights gained from observational versus experimental studies in under-

standing the ecology of fragmented landscapes.

microcosm experiments: size small

Most graduate students in ecology are encouraged to read about the experiments

of Hu¤aker (1958); indeed, this  is one of the classic papers in ecology (presented

in Real and Brown 1991). Hu¤aker’s clever laboratory experiments with oranges,

rubber balls, and mites tested theory regarding the role of patchiness in promot-

ing the persistence of species interactions, in this case, between predator and

prey species of mites. Most ecology students go on to learn that his experiments

were pseudo-replicated, so there are limits to the inferences that can be made.

But they are nevertheless provocative experiments, ones that were novel and pro-

vided insights into the mechanisms of species coexistence, a major problem in

ecology. The key result from Hu¤aker’s experiments was that habitat patchiness

promoted the coexistence of predators and prey. Despite its limitations, Huf-

faker’s work is relevant to understanding species’ responses to fragmentation,

and it paved the way for future studies of the role of spatial heterogeneity in eco-

logical dynamics.

Forney and Gilpin (1989) chose fruit flies in the genus Drosophila, the quin-

tessential experimental organism, to test whether habitat loss and fragmentation

would cause species extinctions. Although their study used juice bottles and fruit

flies, their focus was explicitly oriented toward conservation (the paper was pub-

lished in one of the early volumes of the journal Conservation Biology). They con-

sidered their study “a model of population processes relevant to extinction”

(p. 46). The researchers used plastic juice bottles containing laboratory medium

to configure fly “habitats” that varied in total size and connectedness. They then

examined the amount of time until population extinction for flies in three di¤er-

ent configurations: separated (two patches that were isolated from one another),

large (a patch twice the size of the separated ones, with frequent movement of

flies within the patch), and connected (the same size as large, but with a very lim-
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ited movement of flies within the patch). The laboratory setting allowed for 15

replicates of each configuration for each of two Drosophila species, and the ex-

periment lasted 18 weeks (six to eight Drosophila generations). For their study

species, Drosophila pseudoobscura, extinction rates were lowest for the large sys-

tems, next lowest for the connected systems, and highest for the separated sys-

tems. Hence the inference was that both larger and connected patches are

significantly less vulnerable to extinction than small, isolated patches. The au-

thors concluded by suggesting that this model system was quite useful for deter-

mining patterns and mechanisms of species’ responses to habitat loss and isola-

tion: “Our model can be used to deepen our understanding of the extinction

process . . . the laboratory can be an important venue for exploring and testing

theoretical ideas on species extinction and other issues of interest to conservation

biology” (p. 50). This experiment helped researchers understand the population

dynamics of a single species in the absence of other interacting species, such as

competitors or predators.

The theory of metapopulation dynamics was discussed in previous chapters,

and one of its predictions is that dispersal among spatially distinct habitat

patches (local populations) should enhance the overall persistence of the regional

metapopulation. Holyoak and Lawler (1996) studied the population dynamics of

two aquatic ciliates (protists); one a bacterivore (Colpidium) and the second a

predator of Colpidium (Didinium nasutum). They devised experiments to spe-

cifically investigate the e¤ects of habitat subdivision, or fragmentation in the

strict sense, using either undivided habitats (plastic bottles) of four di¤erent to-

tal sizes, or divided habitats, which were arrays of bottles linked by tubes to allow

dispersal (fig. 4.1). The researchers were able to observe population dynamics in

the experimental system for an impressive 602 prey generations and 437 preda-

tor generations (in only 130 days)! The key findings from this study that are rel-

evant to ecological theory regarding habitat loss and fragmentation were that 

(1) the predator-prey interaction persisted for a much longer period of time in

larger versus smaller undivided habitat patches, (2) the prey species exhibited fre-

quent extinctions in the small bottles of the arrays, but individuals were able to

recolonize bottles by dispersing via connecting tubes, and (3) predator popula-

tions displayed rescue e¤ects in the arrays via dispersal through connecting

tubes, as predicted by J.H. Brown and Kodric-Brown’s (1977) modification of is-

land biogeography theory. Thus these experiments showed that predators and

prey in isolated habitat patches that are connected by dispersal pathways may per-

sist for several hundred generations, much longer than in unconnected habitats.

A similar laboratory culture system was used by Burkey (1997) to study the
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e¤ects of habitat loss and fragmentation on the extinction of a community of bac-

teria and protozoa. Burkey also explicitly considered habitat loss and fragmenta-

tion per se by manipulating the size of laboratory jars (to mimic habitat loss), the

subdivision of laboratory jars (to mimic habitat fragmentation), and the presence

of connections between laboratory jars (to mimic movement corridors); he then

observed the time to extinction of the top predator in the system (either Didinium

nasutum, as above, or Euplotes aediculatus). For each experiment, the top predator

always went extinct sooner in a small versus large habitat, and in a fragmented

versus unfragmented habitat of the same total size. Here the e¤ect of dispersal

corridors was counter to theoretical predictions, as well as to the earlier experi-

mental results of Holyoak and Lawler (1996); the linked bottles reached extinc-

tion sooner than the unlinked bottles. Burkey surmised that the dispersal links

(corridors) served to synchronize the population dynamics of the bottles so that

the decline to extinction of a single bottle reverberated throughout the linked sys-
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Figure 4.1. A photograph of a microcosm array used in studies of predator-prey

interactions in spatially subdivided habitats (Holyoak and Lawler 1996). The entire 

9-bottle array shown here is about 30 cm � 30 cm. Photo courtesy of Marcel Holyoak,

University of California–Davis.



tem, causing overall population extinction. One lesson learned from these two

sets of bottle experiments is that for persistence to occur, the amount of disper-

sal among habitat patches must be like the temperature of the porridge in the

story of Goldilocks and the Three Bears: “just right.” With too much dispersal, pop-

ulation dynamics are synchronized among patches, rendering the entire meta-

population vulnerable to extinction from a single stochastic event. With too little

dispersal, the rescue of populations from extinction and recolonization of extinct

populations occurs too infrequently to positively a¤ect metapopulation dynam-

ics. Species’ responses to habitat patchiness in laboratory experiments have in-

deed provided valuable insights into the e¤ects of habitat loss and fragmentation

in the outside world—the stu¤ of medium and large experiments to be consid-

ered next.

microlandscape experiments: size medium

The majority of manipulative experiments on fragmentation have been con-

ducted at places outside of the laboratory and at scales that are intermediate in

time and space to the small and large studies discussed in this chapter. The ex-

perimental designs of these studies typically emphasize either habitat loss and

isolation, or habitat subdivision or fragmentation per se, depending on the re-

searchers’ questions (fig. 4.2). The first explicit field study to test ecological the-

ory regarding habitat loss and fragmentation was Dan Simberlo¤’s dissertation

research on small mangrove islands in the Florida Keys (Simberlo¤ 1969; Sim-

berlo¤ and Wilson 1969, 1970; the last is another classic paper in ecology). Sim-

berlo¤ concentrated his research on testing one of the main tenets of MacArthur

and Wilson’s (1967) island biogeography theory—that islands close to a main-

land source of colonists will experience higher colonization, lower extinction,

and thus higher species richness at equilibrium than islands that are more re-

mote. So, in the strict sense, this was an experiment to test the e¤ects of habitat

isolation, but not a fundamental test of fragmentation. To create empty islands

ripe for colonization, the researchers fumigated six small mangrove islands with

an insecticide to remove all terrestrial arthropods, then observed the recoloniza-

tion of the islands over a two-year period. Consistent with expectations from is-

land biogeography theory, after two years of colonization the most remote, iso-

lated island hosted the fewest number of insect species, the intermediate islands

had intermediate numbers of insect species, and the island closest to the main-

land had the most species (Simberlo¤ and Wilson 1970).

Many field experiments have followed Simberlo¤’s research and have focused
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Figure 4.2. (opposite) Representative experimental designs of fragmentation experiments

in the medium size category. In each scheme the dark gray areas denote native habitat,

the white areas denote cleared areas, and the black lines are outlines of sample plots. 

(a) An experimental design that allows examination of the e¤ects of fragment area and

subdivision. The collection of small plots (N � 16) is equal in total area to the collection

of medium plots (N � 8) and the collection of large plots (N � 2). Based on Quinn,

Wolin, and Judge (1989) and Dooley and Bowers (1998). (b) An experimental design that

allows examination of the e¤ects of habitat area. Equal numbers of replicates (N � 5) of

large, medium, and small fragments are arranged in blocks. Based on Collinge (2000).

(c) An experimental design to assess the eªcacy of habitat corridors in species

persistence. Replicates of equal-sized plots are isolated (left), connected by corridors

(center), or located in continuous habitat (right). Based on La Polla and Barrett (1993)

and Aars, Andreassen, and Ims (1995).

on asking questions regarding the e¤ects of habitat patchiness on population and

community dynamics. Quinn and Robinson (1987) and G. Robinson and Quinn

(1988) reported results from “the first direct experimental examination of the

e¤ects of habitat subdivision per se on extinction . . . and overall species diversity”

(G. Robinson and Quinn 1988, p. 79). At their study site near Davis, California,

they created 42 isolated grassland patches of three sizes (32 plots of 2m2, 8 plots

of 8m2 and 2 plots of 32m2, similar to the left-hand example in fig. 4.2a) by mow-

ing the vegetation around the patches; they then monitored the percent cover of

plants in each plot over three full growing seasons. As predicted from island bio-

geography theory, the number of plant species was positively related to plot area;

the largest plots contained about 50% more species than the smallest plots. Also

as predicted, over the course of the study the small plots exhibited higher per-

species extinction rates than the large plots. But when the researchers compared

plant species richness in areas of equal size that varied in the amount of habitat

fragmentation (e.g., plant species richness in 32 small plots combined versus 8

medium plots versus 2 large plots), they found the highest overall species rich-

ness in the most subdivided (combined 2 m2) habitat patches. Moreover, there

were no detectable e¤ects of habitat subdivision on extinction. The authors in-

ferred from their results that spatially distributed reserves may be e¤ective in

protecting species, especially those that are quite patchily distributed. This re-

search highlights a key distinction between experimental studies focused on

habitat loss and isolation and those focused on subdivision or fragmentation

(some of which are illustrated in fig. 4.2). The former studies concentrate on the

characteristics of local patches, such as size or isolation, and the latter tend to

highlight regional collections of habitat patches and the dynamics of regional
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metapopulations. Thus there are di¤erent inferences that can be made from

these varying experimental designs, which will be discussed in greater depth at

the end of this chapter.

Small mammals in grassland or old-field habitats have frequently been used

in experimental systems designed to understand the e¤ects of habitat loss and

fragmentation (e.g., La Polla and Barrett 1993; Aars, Andreassen, and Ims 1995;

Andreassen, Halle, and Ims 1996; Dooley and Bowers 1996, 1998; Aars, Johanne-

sen, and Ims 1999; Andreassen and Ims 2001; Orrock and Danielson 2005). For

example, Dooley and Bowers (1998) experimentally manipulated patch size and

fragmentation to examine the population responses of the herbivorous meadow

vole, Microtus pennsylvanicus. The researchers compared population density,

growth rate, survivorship, and recruitment of vole populations at two spatial

scales. The local-scale comparison was among abandoned agricultural field frag-

ments of three di¤erent sizes, including five small patches (0.06 ha), four me-

dium patches (0.25 ha), and four large patches (1.0 ha). The second, landscape

comparison was between the 13-patch, 20 ha fragmented landscape just de-

scribed and an equally-sized adjacent, unfragmented landscape (fig. 4.2a). They

found no e¤ect of fragment size on population parameters, but there were

significant e¤ects of landscape fragmentation on population density, growth rate,

and recruitment. The results, however, were opposite to theoretical predictions:

population density, growth rate, and recruitment (but not survival) were higher

in the fragmented landscape than the unfragmented one. The authors suggested

that the fact that no patch size e¤ects were discerned may have been due to a lack

of statistical power, small di¤erences in the amount of edge habitat among the

three sizes of patches, or opposing processes that essentially cancelled each other

out and precluded their detecting any net e¤ect of patch size. The authors attrib-

uted the significant landscape response to enhanced habitat quality resulting

from fragmentation—voles appear to have higher individual growth rates in

edge habitats, perhaps due to the higher nutritional quality of new plant growth

along the edges, so the greater amount of edge habitat may translate into higher

reproductive rates. There is a cautionary note here, however; because of the over-

all reduction in habitat area, the fragmented landscape maintained a lower ab-

solute population size of voles than did the unfragmented landscape.

Habitat isolation may be reduced by the presence of corridors (linkages be-

tween habitat patches), and there are now several published studies that experi-

mentally test the role of corridors in species persistence (fig. 4.2c; see chapter 6

for a detailed discussion of movement corridors). F. Gilbert, Gonzalez, and

Evans-Freke (1998) designed an innovative experiment with microarthropods
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(mites, ticks, and springtails) that occur in moss patches on rocks to ask whether

corridors influence species loss from otherwise isolated patches. The researchers

chose six large, moss-covered rocks in a forest in the United Kingdom and im-

posed four di¤erent experimental treatments on each rock, with each treatment

comprised of four, 10 cm-in-diameter, circular patches. The mainland treatment

involved sampling the four circular patches on the rock for microarthropods, but

no moss was removed, so this was e¤ectively one large continuous patch. The

corridor treatment consisted of four circular patches connected by narrow linear

corridors; the broken corridor treatment was identical to the corridor treatment but

with a 5 cm gap in the middle of each corridor (this treatment controlled for the

e¤ect of the increased area provided by the corridors). The insular treatment was

comprised of four circular isolated patches. Microarthropod samples were col-

lected prior to experimental manipulations and again three and six months after

the treatments were imposed. The time length of the experiment allowed for sev-

eral generations of the microarthropod species that occur in the moss habitat.

The results clearly showed that corridors had a strong e¤ect on species persis-

tence—both the overall number of species and the percentage of predator

species were significantly higher in patches connected by corridors than in iso-

lated patches. As was the case in the laboratory microcosm experiments, the au-

thors here also argued that the higher species richness in connected patches was

due to the enhanced movement of microarthropods among the patches via the

corridors.

Corridors may moderate the negative consequences of habitat isolation, but

the relative e¤ect of corridors may depend on habitat area. In one experiment

from my own dissertation research (Collinge 1998, 2000), I manipulated the size

and connectivity of grassland patches to ask whether insect populations and com-

munities were a¤ected by habitat loss and isolation. I took advantage of a popu-

lar treatment used in these types of experiments (mowing) to manipulate habitat

structure. The patch sizes used in my experiment were 1m2, 10m2, and 100m2

(fig. 4.2b). Each was crossed with three connectivity treatments—continuous

(control), corridor (the presence of a narrow linear corridor connecting the patch

to continuous grassland), and isolated (no connections between the patches)—

and replicated six times across the 6 ha study area near Boulder, Colorado. I sam-

pled aboveground insects in each plot prior to mowing, and then re-sampled the

plots monthly during each of three summer field seasons. The e¤ects of corri-

dors that I observed in my experiment were not as dramatic as those observed by

F. Gilbert, Gonzalez, and Evans-Freke (1998), and they appeared to be contingent

upon several factors. In particular, an influence of corridors was apparent only for
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the intermediate-sized (10m2) plots, but not for the small and large plots. Corri-

dor e¤ects were stronger in the driest of the three years, suggesting that perhaps

the e¤ects of isolation were exacerbated by low resources due to environmental

variability. Moreover, corridors appeared to positively a¤ect some species and not

others—specifically, insects grouped as “low mobility” that were relatively com-

mon showed positive responses to corridors. This experiment demonstrated,

however, that by far the strongest influence on insect species richness was habi-

tat fragment size, with connectivity having much weaker e¤ects.

These two field experiments with arthropods (in the United Kingdom and in

Colorado) primarily examined the e¤ects of habitat connectivity by asking

whether corridors influenced species richness in habitat patches. In a second ex-

periment for my dissertation (Collinge 1998; Collinge and Forman 1998), I ex-

amined whether di¤erent patterns of land transformation, mimicked once again

by mowing patches of grassland, a¤ected insect species assemblages. I imposed

mowing treatments that simulated four di¤erent spatial configurations of shifts

from 100% to 25% habitat area. These configurations were four (see fig. 1.1) of

the several proposed by Forman (1995); a comparison of two of these treatments

allowed us to examine the direct ecological e¤ects of habitat subdivision. One

treatment, shrinkage, involved a single patch of habitat that was reduced in area

from 100% to 25% during successive steps of the experiment. For a second treat-

ment, fragmentation, the first step involved dividing the initial grassland patch

into nine equal-sized patches that were made progressively smaller. Each mow-

ing treatment was imposed every four days, and the insects were subsequently

sampled. We sampled insects again five weeks after the final treatment to assess

longer-term responses to habitat spatial configuration. In this grassland frag-

mentation experiment, spatial configuration did influence insects significantly.

The first of its two main results were observations of increased insect densities

in fragmented versus unfragmented habitats. This crowding e¤ect has been no-

ticed in the early phases of other experimental studies, and the inference is that

animals move from the modified habitat to the remaining undisturbed habitat,

which results in higher densities in small fragments. Second, large rare insect

species were equally abundant in the fragmented and unfragmented sequences.

This may be due to the fact that these species perceived the entire 9-patch frag-

mented system as one large habitat patch, given that inter-patch distances were

relatively small (from 1 to 2.5m).

Most fragmentation experiments have been conducted in terrestrial ecosys-

tems, but habitat loss and fragmentation may clearly a¤ect the behavioral, popu-

lation, and community ecology of marine organisms as well. Several studies have
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independently manipulated habitat patch size and the degree of habitat subdivi-

sion or fragmentation in marine settings to examine the relative impacts of each

on population and community dynamics. Quinn, Wolin, and Judge (1989) stud-

ied intertidal snails to test more general ideas about the probability of extinction

of local and regional populations in relation to local patch size and the degree of

habitat subdivision (fragmentation per se.). They used laminate plates attached

to plywood as habitat for the predatory snail, Nucella emarginata, in the sand flats

of Bodega Bay, California. Their experiment involved the subdivision of 1 m2

square plates into progressively smaller square patches (to 1/2, 1/4, 1/8, and 

so on down to 1/64th m2). Replicate plates of each size (64 � 1/64 m2; 32 �

1/32 m2; and so on) were aªxed to the sand substrate and allowed to be colo-

nized naturally by barnacles (prey for Nucella); then an equal number of Nucella

(128 individuals) were introduced to each experimental plate. The researchers

followed these populations over two years, so that population extinction could be

examined in relation to patch size and fragmentation. As predicted, there was a

steady increase in the probability of local population extinction as patch size de-

creased—none of the populations on large patches went extinct, but about 80%

of the populations on small (1/64m2) patches did so during the study. When the

combined plates of each size were compared, however, there was no discernible

e¤ect of habitat subdivision on extinction (Nucella had not gone extinct from any

of the combined treatments by the conclusion of the experiment). As in the study

of California annual grasslands cited above (G. Robinson and Quinn 1988), local

extinction was negatively related to patch area, but regional extinction was un-

a¤ected by habitat subdivision or fragmentation.

In a di¤erent marine setting, Caley, Buckley, and Jones (2001) examined the

relative e¤ects of coral habitat degradation and fragmentation on coral commen-

sal invertebrate communities (particularly those of the crab Trapezia cymodoce,

and the shrimp Palaemonella spp.) on the Great Barrier Reef, Australia. Their 

experimental protocol involved degrading (killing) and fragmenting (dividing)

small coral colonies in a 50m � 50m experimental plot, and then observing the

composition of coral commensal species 1–2 days, 1month, and 2months after

the treatments were applied. Species richness and overall abundance were not

a¤ected significantly by fragmentation; however one species, T. cymodoce, in-

creased in response to the fragmentation treatment. The major e¤ect detected in

this experiment was that habitat degradation had a much greater impact on

species richness and overall abundance than did the fragmentation of coral

colonies.

Similarly, Goodsell and Connell (2002) independently manipulated habitat
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loss (the number of habitat patches) and habitat isolation (the distance between

patches) in a marine environment, in this case, kelp forest habitat in South 

Australia. They recorded invertebrate (polychaetes, bryozoans, crustaceans, and

echinoderms) species richness, species composition, and abundance over a two-

month period. The researchers cleared a 1m2 area of kelp forest to create either

nine or five kelp habitat patches, and habitat isolation was manipulated by re-

moving kelp plants either within 10 cm of an experimental plant or at a distance

greater than 20 cm. The resultant kelp spacing was 10 cm for the proximate treat-

ment and 20 cm for the distant treatment. This 2 � 2 factorial experimental de-

sign was replicated six times across the study area and allowed for an examina-

tion of the independent and interactive e¤ects of habitat loss and isolation on

species assemblages. The separate e¤ects of the amount of habitat and isolation

were not significant, but these two factors interacted to influence invertebrate

species composition. In particular, the e¤ects of habitat loss on species composi-

tion and relative abundance were lessened when habitat patches were in close

proximity. Although they did not directly examine the movement of individuals

among patches, the authors suggest that the e¤ects were due to movement

among patches rather than to changes in population growth rates in di¤erent ex-

perimental treatments. This implies that perhaps the rescue e¤ect (sensu J.H.

Brown and Kodric Brown 1977) alleviated the negative e¤ects of habitat isolation

on species persistence.

One of the strengths of medium studies is that the spatial and temporal scales

are generally appropriate for the organisms being studied, which are often in-

sects but also include other terrestrial or marine invertebrates or small mam-

mals. Further, these experiments have an advantage over microcosm experi-

ments in that they are conducted in field settings, so they are subject to realistic

levels of environmental variation. As with microcosm studies, one limitation of

medium studies is that they are often diªcult to scale up. It is hard to directly

compare the responses of an insect predator to grassland fragmentation to a

mountain lion’s response to changes in landscape structure. The next section

will look at experiments that are conducted at scales appropriate to these larger

animals.

broad-scale fragmentation experiments: size large

Brazilian Amazon Rainforest: BDFF

Probably the most well known of the large fragmentation experiments is the Bi-

ological Dynamics of Forest Fragments (BDFF) project in the Amazon rainforest
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north of Manaus, Brazil (table 4.1). The experiment was initiated in 1979 as a col-

laborative e¤ort between the Smithsonian Institution and the Brazilian Institute

for Research in the Amazon (INPA) and is now the “world’s largest and longest-

running experimental study of habitat fragmentation” (W. Laurance et al. 2002,

p. 606). Originally called the Minimum Critical Size of Ecosystems project, the

study was designed to assess a minimum size for rainforest reserves that would

e¤ectively conserve biological diversity. The results and conclusions from this ex-

periment have contributed profoundly to our understanding of the ecological

consequences of forest habitat loss, isolation, and landscape context. In their

2002 review, for example, William Laurance and colleagues referred to an ex-

traordinary 340 publications and theses that have been produced from this broad-

scale experiment. Several syntheses of this experiment have been published

since the study’s inception and provide useful detailed summaries of the ecolog-

ical consequences of Amazonian forest loss and isolation (Lovejoy et al. 1984,

1986; Bierregaard et al. 1992; W. Laurance et al. 1997; Gascon and Lovejoy 1998;

W. Laurance et al. 2002).

The study design included the establishment of 11 forest fragments (five of 1

ha, four of 10 ha, and two of 100 ha) that were isolated in the early 1980s by dis-

tances of 80–650 m from surrounding intact forest as a result of forest clearing

for cattle pasture in this region of the Amazon basin. At the same time, 12 forest

reserves (three of 1 ha, four of 10 ha, two of 100 ha, and three of 1000 ha) were

established in intact forest and left undisturbed as experimental controls. Tech-

nically, this experiment formally tests the e¤ects of habitat area (see the example

in fig. 4.2b), and not di¤erent levels of isolation or fragmentation on ecological

dynamics. Since the experiment was initiated, cattle-ranching activities have

been largely abandoned in this area, allowing a growth of secondary forest to sur-

round the fragments. Thus the researchers have periodically cleared 100m wide

swaths of secondary forest to maintain the experimental fragments (W. Laurance

et al. 2002). Prior to isolation, a large number of taxa—including plants, butter-

flies, beetles, amphibians, birds, and primates—were surveyed in the fragments-

to-be as well as in the forest reserves, and these areas have been repeatedly sur-

veyed for the almost three decades following isolation.

The manipulation of fragment size that was imposed in this experiment has

resulted in major impacts on forest biota and dynamics. As predicted from island

biogeography theory, small forest fragments contain many fewer species than

large continuous tracts of rainforest. This area e¤ect has been noted for several

species of primates (K. Gilbert and Setz 2001), understory birds (Stou¤er and

Bierregaard 1995; Ferraz et al. 2007), bees (Powell and Powell 1987), ants (Gas-
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Table 4 .1

Details of broad-scale (large) fragmentation studies

Experiment Location Habitat Fragment sizes Controls Connectivity Replication References

Biological Brazil: Tropical 1, 10, 100 ha 1, 10, 100, Not explicitly 5 of 1 ha, W. Laurance et al. 2002; 
Dynamics 3° S, 60° W rainforest 1000 ha included 4 of 10 ha, Ferraz et al. 2007

of Forest continuous in design and 2 of 100

Fragments forest ha fragments
(BDFF)

Wog Wog Australia: Native 0.25, 0.875, Same plot sizes Not explicitly 4 replicates of Margules 1992; Davies, 
37° S, 149° E Eucalyptus and 3.062 ha in continuous included in each fragment Melbourne, and Mar-

forest forest design size, with 2 repli- gules 2001; Davies, 
cates in contin- Margules, and Law-
uous forests rence 2003

Kansas United States: Abandoned 0.5, 0.028, and Large (0.5 ha) Not explicitly 6 large, 18 medium, G. Robinson et al. 1992; 
succession 39° N, 94° W wheat 0.0032 ha patches are included in and 82 small Holt, Robinson, and
study field under control for design patches Gaines 1995; W. Cook

going succes- subdivided et al. 2005

sion to a mo- patches
saic of open 
prairie and 
deciduous 
forest

Calling Lake Canada: Boreal 1, 10, 40, and Same plot sizes 100 m wide 3 of each patch Schmiegelow, Machtans,
55° N, 113° W mixedwood 100 ha in continuous corridors size and and Hannon 1997; 

forest forest (riparian bu¤er  treatment Hannon and Schmie-
strips) gelow 2002

Savannah River United States: Pine plantation 1, 1.375, and Unconnected 25 m wide � 8 replicates Haddad 1999; Tewks-
33° N, 81° W with clear- 1.64 ha patches of equal 150 m long bury et al. 2002

cut patches size corridors



con et al. 1999), beetles (Klein 1989; Didham et al. 1998), understory plants

(Benítez-Malvido and Martínez-Ramos 2003), and epiphyllous bryophtes (Zart-

man 2003). One likely mechanism for lower species richness in smaller frag-

ments is that observed rates of extinction have been higher in small versus large

fragments for many of the above-cited taxa (Stratford and Stou¤er 1999; W. Lau-

rance et al. 2002; Ferraz et al. 2007). Although they did not control isolation ex-

perimentally, researchers have discovered that even relatively small forest clear-

ings or gaps in the forest canopy are disruptive enough to sever connections

between forest areas and limit animal movement. For example, several insectiv-

orous birds have experienced local extinction in small fragments and have been

unable to recolonize these areas, even though they are isolated from continuous

forest areas by only 70–80 m (Stratford and Stou¤er 1999). In contrast, other

species or species groups have increased in small fragments or have been

una¤ected by changes in forest area, including generalist butterflies (K. Brown

and Hutchings 1997), some frog species (Gascon et al. 1999), and small mam-

mals (Malcolm 1997).

Researchers have also observed changes in key ecosystem processes in rela-

tion to fragment size, including sharp reductions in tree biomass (biomass col-

lapse) in small fragments, due to higher rates of tree-fall at the fragment edges

(W. Laurance et al. 1997, 1998), and lowered leaf litter and dung decomposition

rates in small fragments compared to large ones (Klein 1989, Didham 1998). 

Interestingly, the increased mortality of large, old-growth, forest interior tree

species along forest edges has resulted in a major shift toward dominance by

early successional tree species (such as Cecropia, Vismia, and Miconia) along the

edges of forest fragments (W. Laurance et al. 2006), which is likely to have major

e¤ects on ecosystem dynamics.

In addition to the discovery of significant fragment area e¤ects—the investi-

gation for which the experiment was originally designed—two major findings

have surfaced from this experiment. Neither of these was predicted directly by is-

land biogeography theory, however. The first is that the most pervasive and dam-

aging e¤ects on biota in relation to habitat modification come from edge e¤ects

(summarized in W. Laurance et al. 2002; see also chapter 5). The increased tem-

perature, decreased soil and air moisture (Kapos 1989), and increased wind tur-

bulence (W. Laurance et al. 1997) at forest edges modify the environment so

much that certain organisms are no longer able to persist in forest fragments.

These edge e¤ects are most severe for the smallest fragments, given their higher

edge-to-interior ratios. For example, W. Laurance et al. (1998) used a mathemati-

cal model to predict that edge e¤ects would be especially severe as fragment size
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decreased to 100 to 400 ha (depending on fragment shape). Second, the matrix

surrounding the forest fragments substantially a¤ected species composition and

ecosystem dynamics in the fragments (see also chapter 5). This became apparent

as the forests began to regrow around the isolated fragments. If the surrounding

forest had been cleared but not burned, regrowth was dominated by Cecropia,

whereas if the surrounding forest had been burned and used for cattle pasture,

the regrowth was dominated by Vismia. The composition of the surrounding ma-

trix profoundly influenced the species composition of understory birds in forest

fragments (Stou¤er and Bierregaard 1995), as well as that of small mammals and

frogs (Gascon et al. 1999).

To understand the mechanisms underlying species’ responses to habitat loss

and fragmentation, it would be ideal to study every aspect of the life cycle and

identify key stages that are particularly vulnerable to habitat modification. Within

the context of the BDFF study, Emilio Bruna performed a series of innovative ex-

periments and conducted multi-year population censuses to assess the e¤ects of

forest fragment area on the demography of a perennial understory herb, Helico-

nia acuminata (Bruna 1999; Bruna and Kress 2002; Bruna et al. 2002; Bruna

2003; Bruna and Oli 2005). This body of research is especially valuable because it

involved a systematic study of each aspect of the plant’s life cycle in both frag-

ments and continuous forest, and it employed demographic modeling to assess

critical life-cycle stages and estimate population growth rates. Bruna began at the

beginning of the life cycle with seeds and seedlings. He collected seeds of H.

acuminata from continuous forest and planted them in 1 ha and 10 ha fragments,

as well as back into the continuous forest. Seeds planted in the forest fragments

were much less likely to germinate than those planted in continuous forest

(Bruna 1999). To assess relative plant growth rates in fragments versus continu-

ous forest, Bruna et al. (2002) reciprocally transplanted H. acuminata plants from

continuous forest sites to fragment sites, and from fragment sites to forest sites,

with appropriate controls. Plant growth strongly di¤ered in these two landscape

settings: plants in the fragments actually had fewer shoots and leaves 32months

after transplanting than when they were first transplanted. In other words, these

plants shrank, while plants in continuous forest sites increased slightly in size.

The reduction in plant size in fragments was likely due to heat and water stress

associated with the modified microclimate of small fragments with pervasive

edge e¤ects, and to the concomitant loss of leaves and shoots. Consistent with

these data on growth rates from the reciprocal transplants, multi-year surveys re-

vealed that populations of H. acuminata in the fragments were dominated by in-

dividuals in smaller size classes than populations in continuous forest, and there
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was a non-significant trend toward a higher proportion of individuals flowering

in continuous forest versus forest fragments (Bruna and Kress 2002).

These multi-year census data of over 5000 individual plants were used to con-

struct a matrix population model to compare expected population growth rates

with observed growth rates over two transition years (Bruna 2003). The modeling

e¤ort revealed that projected population growth rates were substantially lower

than observed growth rates, based on yearly censuses. This discrepancy between

projected and observed growth rates led Bruna and colleagues to re-examine

model assumptions and ultimately invoke an additional mechanism to explain

why the observed numbers of seedlings in the study plots were greater than ex-

pected. They reasoned that because their model assumed that most seed disper-

sal was localized around parent plants, it did not account for longer-distance seed

dispersal into the forest fragments from the surrounding forest. Thus this un-

measured component of demography (immigration) likely explained the higher

observed number of seedlings than the model projected. Using an expanded data

set (5 years of census data), Bruna and Oli (2005) concluded that population

growth rates in continuous forest were significantly higher than in forest frag-

ments. Taken as a collection, these detailed field and modeling e¤orts provide un-

paralleled information on both the patterns and the demographic mechanisms

for a species’ response to habitat loss and isolation.

Australian Eucalyptus Forest: Wog Wog

Started in 1985 in southeastern New South Wales, Australia (table 4.1), the Wog

Wog fragmentation experiment was designed to test the hypotheses from island

biogeography theory that (1) a reduction in the area of native Eucalyptus forest

would result in reduced species richness at equilibrium in forest fragments, and

(2) the reduction in species richness would be greatest for small fragments (Mar-

gules 1992). The experimental design consisted of six replicates of each of three

fragment sizes (0.25 ha, 0.875 ha, and 3.062 ha). Four Eucalyptus fragments of

each size (for a total of 12 fragments) were isolated when the 80- to 100-year-old

Eucalyptus forest surrounding these plots was cleared for a pine plantation (fig.

4.3). Two other replicates were established in uncleared, continuous Eucalyptus

forest as control plots. As in the BDFF experiment just described, floral and fau-

nal surveys were conducted for two years prior to the experimental isolation of

the forest patches, and at least annually following the experimental treatments.

The research e¤ort included sampling many ground-dwelling invertebrate groups

(e.g., beetles, spiders, ants, amphipods, and scorpions), as well as bats, birds,
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Figure 4.3. Aerial photographs of the Wog Wog fragmentation experiment in south-

eastern Australia. Top: Eucalyptus fragment (0.875 ha), immediately after clearing to

create experimental fragments. Bottom: fragments of three sizes, seven years after

clearing to create experimental fragments. Photos courtesy of Chris Margules, CSIRO,

Australia.



mammals, and skinks. Permanent sampling sites were established both at eight

di¤erent locations within each fragment or each control plot and in the exotic pine

plantation matrix surrounding the native Eucalyptus forest fragments. Sample

sites were located in either slope or drainage sites within fragments, as well as ei-

ther near fragment edges or in fragment interiors, allowing for detailed, spatially

explicit patterns of species abundance and distribution across the study area.

The beetle fauna sampled in these forest fragments is highly diverse (over 655

beetle species captured in the first five years), and it is the group that has been

analyzed most extensively in the context of forest loss and isolation (Davies and

Margules 1998; Davies, Margules, and Lawrence 2000; Davies et al. 2001; Davies,

Margules, and Lawrence 2004). Both population and community responses have

been examined, and within-patch as well as between-patch processes have been

explored to explain species occurrence patterns. Several key conclusions can be

drawn from these studies. First, particular traits appear to influence significantly

whether a species will be positively or negatively a¤ected by habitat loss and iso-

lation (Davies, Margules, and Lawrence 2000). Specifically, for the 69 beetle

species that were suªciently abundant to be subjected to statistical analyses,

those that were relatively rare, those that were confined to the Eucalyptus forest

and did not regularly occur in the pine matrix, and those at higher trophic levels

(predators) all declined in abundance in small, isolated patches. Further analyses

indicated that these traits may interact synergistically (Davies, Margules, and

Lawrence 2004); species that were both rare and specialized were especially vul-

nerable to extinction compared to other species. Second, community measures

of species richness, species composition, and relative abundance all appeared to

be more strongly a¤ected by within-patch processes than between-patch pro-

cesses. In particular, changes in patch area and isolation appeared to influence

community structure primarily via changes in the microclimate at the edges (edge

e¤ects), not because of di¤erences in extinction or colonization, as was predicted

by island biogeography theory. This study provides an important link between

population and community responses to fragmentation, as well as between stud-

ies that focus primarily on local processes, such as per-patch extinction rates, and

broad-scale processes that encompass multiple patches, such as dispersal and

colonization among habitats.

Grasslands: Kansas Old-Field Succession

Given that ecological theory predicts that rates of extinction and colonization

should be a¤ected by patch spatial characteristics, patterns of ecological succes-
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sion that involve changes in species distributions over time are likely to be influ-

enced by habitat area and fragmentation. In 1984, researchers at the University

of Kansas designed a field experiment to test the e¤ects of habitat subdivision

(fragmentation) on plant secondary succession in an abandoned wheat field in

eastern Kansas (G. Robinson et al. 1992; Holt, Robinson, and Gaines 1995). The

study design involved the establishment of three patch sizes, with each patch iso-

lated by a distance of 15 m from surrounding patches through continued mow-

ing of the matrix areas. Clusters of small patches were equal in area to clusters of

medium patches and to large patches (similar to the example in fig. 4.2a; each

large patch was 0.5 ha).

Succession was allowed to proceed on each of the patches, and researchers fol-

lowed the fates of above-ground arthropods, small mammals, vascular plants,

and snakes; they also measured soil moisture and nutrient concentrations. After

six years of succession (and fragmentation), there were no e¤ects of habitat sub-

division on soil properties, nor on aggregate measures of species richness for any

of the taxa that were studied (G. Robinson et al. 1992). In other words, species

richness values were similar for large patches and for clusters of small and

medium patches. However, there were e¤ects of fragmentation on particular

populations or species groups. For example, clonal plant species, which repro-

duce primarily by vegetative growth and therefore move gradually across the

landscape, were more likely to persist in large fragments than in smaller frag-

ments, where colonization was probably limited by habitat disruption created by

mowing between the patches (G. Robinson et al. 1992; Holt, Robinson, and

Gaines 1995). And populations of two of the three most common species of small

mammals studied (Microtus ochrogaster and Sigmodon hispidus) persisted much

longer in large patches than in small ones (G. Robinson et al. 1992; Di¤endorfer,

Gaines, and Holt 1995).

The relatively modest, short-term e¤ects of fragmentation on species abun-

dance and distribution became more pronounced as succession proceeded 

(W. Cook et al. 2005). After 18 years of succession, woody plants were more dense

in large versus small patches, overall plant species richness was higher in large

patches than small ones, and species turnover was lower in large patches. Fur-

thermore, the spatial position of the experimental patches relative to native for-

est cover di¤ered, and position a¤ected successional dynamics significantly. In

particular, patches close to native forest had higher woody plant density, higher

species richness, and lower species turnover than patches that were more distant

from native forest. This spatial position e¤ect highlights the important role of

plant propagule immigration from outside the study area, a key factor noted in
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Bruna’s (2003) study of plant demography in the fragmented Amazon forest.

Overall, both larger patches and patches close to native forest had accelerated sec-

ondary succession and greater temporal stability (lower turnover) relative to

smaller fragments (W. Cook et al. 2005). Clearly, there is great value to the long-

term, repeated sampling of this experiment, since it revealed patterns nearly two

decades after the experiment began that were not evident early in the succes-

sional trajectory.

The three large experiments just discussed manipulated fragment size and

subdivision and asked how species and communities responded to these changes

in habitat spatial structure. The next two experiments, conducted in two very

di¤erent study systems, ask whether habitat corridors that connect otherwise iso-

lated patches may influence population and community processes.

Canadian Boreal Forest: Calling Lake, Alberta

We shift now to the boreal forest and the Calling Lake fragmentation project,

which was established in 80- to 130-year-old aspen-dominated forests in north-

central Alberta, Canada, in 1993 (Schmiegelow, Machtans, and Hannon 1997;

Hannon and Schmiegelow 2002). This experiment was specifically designed to

assess whether habitat corridors would mediate the e¤ects of habitat isolation,

and it included three replicates each of 1, 10, 40, and 100 ha areas, which were ei-

ther isolated by clear-cutting around the forest patch or connected via a 100 m

wide riparian corridor to one other patch (table 4.1). Control plots identical in 

size to each isolated fragment were established in the nearby continuous forest

(approximately 4000 ha in size). Pre-isolation data were gathered in 1993, and

post-isolation data were collected up to five years after the forest harvest, as the

surrounding forest regenerated. Researchers concentrated on the responses of

breeding songbirds (both residents and neotropical migrants) to changes in habi-

tat area and isolation. Measurements included species richness, the relative

abundance of all species, responses of forest species versus generalist species,

and the movement of both adults and juveniles along the riparian corridors con-

necting otherwise isolated patches.

Changes in forest area and isolation that were imposed in this boreal forest ex-

periment a¤ected bird species composition significantly following the isolation

treatments (Schmiegelow, Machtans, and Hannon 1997). Overall, there was no

change in bird species richness across treatments in the first two years following

isolation, but, relative to the continuous forest, neotropical migrant birds were

less abundant in both isolated and connected patches, and resident species de-
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clined in isolated versus connected patches. These results appeared to be rela-

tively consistent as the experiment progressed. In a subsequent analysis, Han-

non and Schmiegelow (2002) categorized species as either forest species or gen-

eralists, in addition to their migratory status. Consistent with their expectations,

they found that forest species were more abundant in the forest reserves (control

sites) than in the isolated or connected forest patches, but habitat generalist

species were equally abundant across treatments. Forest species on the whole,

however, were not a¤ected by the presence of corridors—the abundance of

species in this group was similar between connected and isolated forest frag-

ments. As a group, resident species (versus neotropical migrants) were more

abundant in control sites and patches with corridors than in isolated patches, but

no individual species showed significant and consistent positive e¤ects from cor-

ridors.

These data on species occurrence in isolated versus connected patches sug-

gests that some bird species, but not all, may be using corridors to move between

patches. Movement studies were conducted in the context of this experiment 

to help explain patterns in species responses (Machtans, Villard, and Hannon

1996; Robichaud, Villard, and Machtans 2002). Taken together, these studies

showed that in the first two years following isolation, some songbird species ap-

peared to use the riparian corridors as preferred movement pathways between

patches, since they were more frequently captured in mist nets set up in riparian

corridors than in the adjacent clear-cuts. This pattern was especially strong for ju-

venile birds (Machtans, Villard, and Hannon 1996). As the forest regenerated,

however, the di¤erences in physical structure between riparian corridors and the

surrounding forest began to lessen, and bird movement behavior changed. Sev-

eral years after isolation and regeneration, bird movement was equally frequent

along riparian corridors and in adjacent, regenerating forest surrounding the

patches (Robichaud, Villard, and Hannon 2002).

The Calling Lake experiment emphasized the eªcacy of habitat corridors in

ameliorating species loss from habitat fragments, and so most of the published

results focus on isolation, rather than on patch size e¤ects. Based on their multi-

year observations of songbird responses, the authors concluded that corridors

may not be all that e¤ective for these boreal forest bird species, perhaps because

the birds have evolved in the context of both fine- and broad-scale forest distur-

bances, such as wind-throw and periodic fires. Moreover, they suggested that this

experiment occurred within “a landscape that was still 67% forested” (Hannon

and Schmiegelow 2002, p. 1464), so perhaps most songbirds that were studied

were not severely habitat-limited. The authors suggest that, given their results for
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forest-specialist birds, perhaps forest management e¤orts in this region should

focus on enhancing the size of large blocks of intact forest rather than spending

limited resources on protecting movement corridors that may not ultimately mit-

igate for habitat loss.

Southern Pine Forests: Savannah River, South Carolina

The Savannah River fragmentation experiments are unique compared to others

discussed in this chapter in that they are the reverse image of the other studies.

Two consecutive experiments conducted at this site (Tewksbury et al. 2002; 

Haddad et al. 2003) focus on cleared patches and corridors within southeastern

United States pine forest plantations composed of loblolly (Pinus taeda) and slash

pine (P. elliotii ), rather than on forest remnants within a cleared matrix. Because

the target habitat in this study is cleared forest, Nick Haddad and colleagues have

concentrated their research on species that occur in open or early-successional

habitats in this region. The initial experiment began in 1994 and addressed the

e¤ects of habitat isolation on animal movement by manipulating both the pres-

ence of habitat corridors and the distance between isolated patches (Haddad

1999). Patch size was held constant (1.64 ha) but the linear distance between

patches varied (four distances, ranging from 64 to 384 m), and some patches

were connected by linear corridors. Haddad initially focused on the movement of

two butterfly species among patches, to assess whether corridors had positive

e¤ects. Indeed, for both species, the rates of movement between patches with

corridors were significantly higher than for isolated patches, and the enhance-

ment of movement increased as the distance between the patches increased

(Haddad 1999). The higher rates of movement probably produced higher densi-

ties of butterflies in connected versus isolated patches (Haddad and Baum 1999).

Not only did corridors positively a¤ect butterflies in this experiment, but they

also appeared to direct the movements of small mammals and bird-dispersed

plants (Danielson and Hubbard 2000; Haddad et al. 2003).

A second experiment, initiated in 1999, was also designed to examine the

e¤ects of corridors on a wide variety of taxa, but these experimental treatments

controlled for the e¤ect of an increased area of patches that are connected by cor-

ridors (Tewksbury et al. 2002). In each replicate of the experiment, a 1 ha target

patch was connected to another 1 ha patch with a 25 m wide � 150 m long cor-

ridor. The increase in patch area provided by the corridor means that the total

area of the target patch was actually 1.375 ha (patch plus corridor). To control for

this increase in patch area provided by the corridor, the experimental treatments
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include the 1 ha target patch surrounded on all sides by three additional 1 ha

patches. Besides the 1 ha patch connected to the target patch via the corridor just

described, a second, rectangular patch of 1.375 ha was located 150m from the tar-

get patch, a third 1 ha patch had two wings that were 25m wide � 75m long (to-

gether they equal the area of the patch plus corridor), and a fourth patch was ei-

ther another rectangular patch or another winged patch. Butterfly movement was

again followed in this experiment, and the results showed that both butterfly

species were more likely to move between connected patches than isolated ones,

even after controlling for the e¤ect of the increased area of patches with corri-

dors. Moreover, pollination and seed dispersal were enhanced in connected ver-

sus isolated patches (see chapter 7), and in research conducted by Damschen et

al. (2006), plant species richness was significantly higher in patches connected by

corridors than in isolated patches. However, exotic plant species richness did not

di¤er among the various connected and unconnected patches, so the corridors

did not appear to facilitate the invasion of non-native species in this study system.

fragmentation experiment update

By now there are dozens of fragmentation experiments that have been conducted

in the laboratory and in the field, with a wide range of organisms and at multiple

spatial and temporal scales. The common advantage of these diverse studies is

that researchers have the ability to measure ecological characteristics before the

treatments are imposed, and to follow the dynamics over time to assess both

short- and longer-term responses to habitat loss and fragmentation. From exper-

iments, we can observe the direct responses of species to landscape change and,

often, the mechanisms that produce those responses. At the end of Debinski and

Holt’s (2000) review of fragmentation experiments, they identified five sugges-

tions for future studies: (1) an increased focus on understanding the mecha-

nisms behind observed community and population-level patterns, including dis-

persal and movement, (2) a better understanding of species interactions, such as

plant-pollinator interactions or competition in fragmented landscapes, (3) an em-

phasis on species responses to the matrix (the habitat surrounding fragments),

(4) an examination of how connectivity influences community dynamics, and 

(5) an analysis of the e¤ects of fragmentation on genetic variation within and

among populations.

In the ten years since their review (they included papers published through

1998), significant progress has been made in filling some of these information

gaps. For example, we now have a clearer understanding of how dispersal and
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movement may influence species’ responses to habitat loss and fragmentation

(e.g., Haddad 1999; Robichaud, Villard, and Machtans 2002; Tewksbury et al.

2002). Movement is clearly crucial in species’ responses to fragmentation. Sev-

eral studies have shown that di¤erences in movement may retard or accelerate

extinction in small, isolated habitat patches; these di¤erences may also stabilize

interspecific interactions. We have also learned more about how species interac-

tions—such as pollination, parasitism, seed predation, seed dispersal, and com-

petition—may be a¤ected by fragmentation (e.g., Tewksbury et al. 2002; see also

chapter 7). The BDFF project, in particular, has shown the critical impact of sur-

rounding matrix habitat on species composition in habitat fragments. And we

know more about how connectivity, in the form of habitat corridors, a¤ects pop-

ulations and communities (fig. 4.4). At least some of the species’ responses to

corridors appear to generalize across scales; for example, experiments with habi-

tat corridors typically show significant e¤ects on the persistence or abundance of

some species, but not others. We also have a greater understanding of the distri-

bution of genetic variation in fragmented populations (see also chapter 6).

synthesis

Several key issues emerge from this review of fragmentation experiments, ones

that were perhaps not as apparent from observational studies of habitat loss and

isolation. First, manipulative experiments have allowed us to partition the e¤ects

of habitat loss, isolation, and fragmentation in the strict sense. In an observa-

tional study, it is virtually impossible to control the amount of habitat fragmen-

tation while holding habitat area constant. Yet this is a relatively straightforward

process in an experimental setting, and several well-designed studies at each of

the spatial scales considered here have contributed greatly to our understanding

of these separate e¤ects (e.g., Quinn, Wolin, and Judge 1989; G. Robinson et al.

1992; Holyoak and Lawler 1996; Dooley and Bowers 1998). In observational stud-

ies (see chapter 3), researchers focused on the characteristics of the patches

themselves, such as patch area or isolation. But in studies that manipulate habi-

tat subdivision, we can examine both local and regional population dynamics in

relation to the composition of the landscape. These studies show us that in some

(but not all) cases there are no di¤erences in regional (metapopulation) extinc-

tion in fragmented habitats, even though local extinction may be strongly influ-

enced by patch size and isolation.

Second, experiments have helped to show the critical e¤ects of the surround-

ing matrix on ecological processes within habitat remnants (see also chapter 5).
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Some experiments have revealed only weak or neutral e¤ects of habitat loss and

isolation on population and community dynamics (e.g., Collinge 2000; Ranta-

lainen et al. 2005), perhaps because the patch and matrix habitats were relatively

similar to one another in physical structure or in the availability of resources. In

other studies, the e¤ects of the matrix have been revealed over time as regrowth

occurs around the habitat fragments (Hannon and Schmiegelow 2002; W. Lau-

rance et al. 2002).

Third, experiments at multiple temporal and spatial scales have shown con-

sistent e¤ects that represent generalized responses to habitat loss and fragmen-

tation. For example, there are substantial positive e¤ects of habitat area on local

population persistence, as predicted by ecological theory; these have been shown

for at least some species in nearly every experimental study that has been con-

ducted. These positive e¤ects on populations often translate into higher aggre-

gate community measures of richness or diversity in large versus small habitat

remnants. Further, microclimatic shifts at habitat edges clearly have negative

e¤ects on some species and positive e¤ects on others. And experiments have

shown that corridors promote connectivity (fig. 4.4), at least in landscapes where

preferred habitat is limited, but not necessarily where it is dominant (e.g., com-

pare the results of the Calling Lake experiment to those of the Savannah River

site). This phenomenon has also been explored in simulation models (e.g.,

Fahrig 1997, 1998; With and King 1999), which have revealed thresholds in

species’ response to habitat connectivity, depending on the amount of available

habitat in the landscape (see chapter 9 for a detailed discussion).

A related final point is that experiments have focused on a wide variety of taxa,

which allows us to begin to make generalizations about species traits (e.g.,

trophic level, body size, rarity; see Davies, Margules, and Lawrence 2000; Davies,

Melbourne, and Margules 2001; Davies, Margules, and Lawrence 2004) that may

influence responses to habitat loss and fragmentation. This may help us to over-

come the major challenge of relating results among small, medium and large ex-

periments. We can do laboratory experiments on plankton, but what does that tell
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Figure 4.4. (opposite) Species’ responses to experimental isolation in four di¤erent

experiments. NS denotes non-significant, * represents a significant e¤ect of isolation.

Similar patterns emerge from study systems at di¤erent spatial and temporal scales. 

(a) Drosophila population persistence. Redrawn from Forney and Gilpin (1989, fig. 2). 

(b) Microarthropod communities. Redrawn from F. Gilbert, Gonzalez, and Evans-Freke

(1998, fig. 1). (c) Boreal forest birds. Redrawn from Hannon and Schmiegelow (2002,

figs. 2 and 3). (d) Vascular plants. Redrawn from Damschen et al. (2006, fig. 2A).



us about species such as wolves and grizzly bears, which are often the focus of

conservation e¤orts? As with models, controlled laboratory experiments often

tell us what can occur, but not necessarily what does occur in the outside world of

grass and trees or rocks and ocean. They can lead us to an expanded view of the

possible mechanisms driving species responses and help us interpret field ob-

servations—they may give us ideas that we might not have considered. Experi-

ments may also guide formal exercises in ecological scaling (e.g., Levin 1992; Pe-

tersen and Hastings 2001) and generate the discovery of ways to relate scaling

characteristics of species (e.g., home range size, movement rates, or generation

times) to their responses, allowing us to formally compare outcomes at multiple

scales.
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Fragment Context and 
Edge E¤ects

In landscapes and regions context is usually more important

than content. That is, the surrounding mosaic has a greater

e¤ect on patch functioning and change than do the present

characteristics within the patch.

—Richard T. T. Forman (1995)

Many ecological studies of habitat loss and fragmentation have focused on how

ecological patterns or processes are a¤ected by the characteristics of habitat frag-

ments, such as size and isolation. For example, observational studies (see chap-

ter 3) clearly show that larger patches support a higher diversity of species and

that isolation may have detrimental e¤ects on species persistence. And most ex-

periments (see chapter 4) have manipulated the size and isolation of habitat frag-

ments, or fragmentation per se, to directly examine their e¤ects on ecological

processes. This emphasis on characteristics such as size and isolation makes

sense. After all, these features are easily measured, and there is a good deal of

ecological theory to suggest that these two factors may largely explain variation in

species richness among habitat islands or fragments. But as the title of Daniel

Janzen’s 1983 paper graphically suggests, “no park [or fragment] is an island.”

Ecologists have learned that there is often a lot of action at the interface where

fragments end and the rest of the landscape begins. This chapter explores the dy-

namic changes that occur at the boundaries of fragments and examines how

these changes are a¤ected by the characteristics of the surrounding landscape. It



reviews an abundant quantity of literature on species responses to edges, and a

growing body of research on varied landscape spatial arrangements, to suggest

ways in which understanding the e¤ects of fragment spatial position in the land-

scape relates to prior studies of fragment size and isolation. This discussion em-

phasizes a major contribution of landscape ecology, which is to take an expanded

view—to look beyond characteristics of local habitats or fragments and to con-

sider the ecological dynamics of the broader landscape mosaic (e.g., Forman

1995).

This expanded view stresses how landscape context influences ecological

processes. Think of landscape context as a form of ecological peer pressure. In

the painfully familiar form of peer pressure that most teenagers experience,

opinions and actions are often shaped by the behaviors or habits of people in

their immediate surroundings. The same thing can happen in habitat fragments

that are embedded in complex landscapes. Like those teenage peers, the land

uses and natural habitats that surround a fragment may exert strong influences

on that patch. For example, a forest fragment surrounded by fertilized agricul-

tural fields is likely to experience di¤erent pressures and inputs than one sur-

rounded by urban development. Or a prairie dog colony surrounded by continu-

ous grassland is likely to be quite di¤erent from one surrounded by heavily

traªcked roads and industrial development (fig. 5.1; see the section on prairie

dogs at the end of this chapter).

Before delving into detail on the topic of fragment context, however, it is nec-

essary to first mention edge e¤ects. The study of edges is intimately linked with

landscape context, for it is at these boundaries between fragments and their sur-

roundings where the most immediate imprint of landscape context is detectable.

Put simply, edges are the borders between two habitat types, such as the edge be-

tween a river and its bank, or one between a meadow and a forest. Most conser-

vation ecologists are concerned with edges that are created as a result of human

activities, such as the edge between a forest and an agricultural field, or one be-

tween old-growth forest and a clear-cut. Accordingly, this discussion focuses pri-

marily on the latter type, that is, on human-induced edges.

Discussions of ecological edges often refer back to Aldo Leopold’s (1933) trea-

tise on game management, where he noted that wildlife in the midwestern

United States, such as deer, quail, and grouse, tended to be most abundant in

landscapes rich with edges between deciduous forests and agricultural fields.

Stimulated by this observation, wildlife managers spent the next few decades

championing this “edges are good” paradigm, since edges were considered fa-

vorable for wildlife.
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Leopold’s concept began to be questioned when ecologists realized that not all

species were favored by edge habitats. In fact, many of the rare species valued by

conservationists, such as migratory songbirds, appeared to be positively associ-

ated with intact, continuous forests; they showed marked declines in abundance

at habitat edges (Brittingham and Temple 1983; Wilcove 1985; Yahner 1988). Eco-

logical research over the past several decades has shown that many species do de-

cline at habitat edges, while other species increase or are una¤ected by these 

human-induced edges (reviewed in Paton 1994; Murcia 1995; Ries et al. 2004).

The response of particular species to edges may critically determine patterns of

overall species composition in habitat fragments. So it is imperative to under-

stand the magnitude and direction of edge e¤ects in order to gain a more com-

prehensive view of species’ responses to habitat loss and fragmentation.
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Figure 5.1. The landscape context of two black-tailed prairie dog (Cynomys ludovicianus)

colonies within grassland parcels near Boulder, Colorado. The colonies are represented

as polygons outlined with a solid black line in each photo. Top: colony surrounded by

continuous grassland. Bottom: colony surrounded by roads, housing, and industrial

activity. Digital aerial photos from 2000, obtained from the City of Boulder Open Space

Department.



summary of edge effects

Imagine taking a walk from the dark dampness of an old-growth forest into an

adjacent field recently cleared to make way for an agricultural crop. You would

notice several distinct changes en route, especially that the cleared field is much

brighter, warmer, and drier than the old-growth forest. Many edge studies em-

phasize variation in these microclimatic variables—such as light intensity, tem-

perature, and relative humidity—across forest-field boundaries (Kapos 1989;

Chen, Franklin, and Spies1992; Newmark 2001). The amount of light reaching

plants is obviously higher at the edge of a forest fragment than in the forest inte-

rior, which generally means a higher temperature and lower relative humidity at

the forest edge. Moreover, wind velocities are typically greater at edges than in

forest interiors (Harris 1984; W. Laurance et al. 1998). The changes in light, mois-

ture, temperature, and wind, which are most pronounced at the fragment edge,

may alter significantly the plant and animal communities that occur there. This

microclimatic edge e¤ect may not only influence the environment at the edge of

the fragment, but may also permeate the habitat remnant for tens of meters (e.g.,

Ranney, Bruner, and Levenson 1981; Harris 1984; Kapos et al. 1997). Edge e¤ects

have been primarily studied in forests, probably because of their dominant verti-

cal organization and the dramatic changes in the structural characteristics of the

habitat that occur as a result of forest clearing (Chen, Franklin, and Spies 1992;

Murcia 1995; W. Laurance et al. 1997; Newmark 2001; Driscoll and Donovan

2004).

Because studies of edge e¤ects often produce idiosyncratic results—at least

partially due to variation in study design, methodology, and the temporal dy-

namics of edges—it has been diªcult for ecologists to generalize about the con-

sequences of increased edge habitat in fragmented landscapes and to invoke the

mechanisms underlying those e¤ects (Paton 1994; Murcia 1995; Newmark 2001;

Chalfoun, Thompson, and Ratnaswamy 2002). Recent conceptual developments

focused on boundaries and edges have been particularly useful in overcoming

these diªculties. For example, Cadenasso et al. (2003) devised a framework for

understanding the structure and function of ecological boundaries and for gen-

eralizing across di¤erent ecosystems and spatial scales. They emphasized how

boundary architecture may influence multi-directional flows across boundaries.

And Ries et al. (2004) developed a resource-based, predictive model to account for

variability in edge e¤ect studies, one that is based on estimates of habitat quality

and whether the resources used by organisms across edges are supplementary or

complementary. In a review of empirical literature on edge e¤ects, they showed
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that edge responses are largely predictable if examined in terms of their mecha-

nistic model of habitat quality and resource distribution. Both of these contribu-

tions are giant steps toward a more general understanding of edge dynamics.

With regard to the wide range of results gathered from empirical studies of

edge e¤ects, and a considerable amount of discussion regarding the mechanisms

responsible for observed e¤ects, there are at least four straightforward general-

izations that can be drawn from this multifarious literature. First, due simply to

geometry, small, irregularly shaped patches have more edge for a given area, and

therefore they experience greater edge e¤ects than do larger, compact patches.

Second, edge aspect may influence the magnitude of edge e¤ects, which has

been shown in north and south temperate-zone studies, but typically not in trop-

ical studies. This is based on the relative input of solar radiation. Third, the dis-

tances over which edge e¤ects permeate range from a few meters to over several

hundred meters, and abiotic e¤ects tend to occur over shorter distances than bi-

otic e¤ects. Fourth, the magnitude and character of the edge e¤ect may depend

significantly on landscape context. More time will be spent discussing these last

two issues, because they are more complex and warrant a closer look.

Patch Shape

The first issue occurs simply because small, irregular shapes have a higher

perimeter-to-area ratio than do large, compact shapes. Small habitat fragments

have more edge per unit area than do larger patches (Collinge 1996). If all things

associated with edges are mostly bad, then small patches will experience pro-

portionately greater negative e¤ects than will large ones. Benítez-Malvido and

Lemus-Albor (2005) found that pathogen damage on woody seedlings in tropical

forests in Chiapas, Mexico, was three times greater on plants at forest edges than

in forest interiors. They did not report plant mortality, but they did suggest that

if pathogen infestation resulted in increased plant mortality, then disease spread

at forest edges may threaten tropical forest vegetation. Similarly, Donoso, Grez,

and Simonetti (2003) observed higher seed predation by rodents at the edges than

in the interiors of Nothofagus forest fragments in central Chile. In both instances,

these negative e¤ects at edges are likely to have disproportionately greater e¤ects

in small versus large fragments.

This geometric fact is probably a vital piece in explaining the declines of na-

tive species in small versus large habitat patches noted in chapter 4, but it is

sometimes diªcult to disentangle area e¤ects from edge e¤ects. For example, in

a recent review of studies of bird nest predation at forest edges, Parker et al.
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(2005) asked whether there are fewer birds in small patches because of patch

area, or because edge e¤ects are more pronounced in small patches. They con-

cluded that

because almost no one has examined the e¤ect of forest patch area independent of

the e¤ect of distance from forest edge, the question of whether e¤ects of area exist that

are distinct from e¤ects of edge remains unanswered. Designing an area e¤ect study that

completely controls for edge e¤ect may be impossible because even if the distance

to the closest edge is controlled, edge distances in other directions are bound to vary

with varying patch area . . . Regardless of which mechanisms are at work, the result

remains that for many species, occurrence rates are lower in small forest fragments.

Thus, although it is important to test alternative hypotheses to explain this phe-

nomenon, this should not preclude management to limit further forest fragmenta-

tion. (pp. 1164–1165; italics mine)

The corresponding issue of edge e¤ects in relation to patch shape has also

been raised in discussions about reserve design. Diamond (1975) advocated the

selection of large circular reserves because they would be more beneficial to na-

tive species than small linear reserves, based on the reasoning that negative edge

e¤ects would be less pronounced in protected areas with more compact shapes.

Game (1980) argued that in some instances, however, a circular reserve may not

be optimal, particularly if it is desirable to enhance the rates of immigration into

the reserve. This assumes that there are individuals of desired species moving

from the surrounding landscape into the protected area, and the linear shape of

the reserve will likely increase the movement rate of organisms into the reserve.

A few studies have shown the e¤ects of patch shape on movement patterns

(Collinge and Palmer 2002; Tanner 2003), but the key issue for designing re-

serves to protect biodiversity is ultimately whether the benefits of enhanced

movement into reserves supersede the negative e¤ects of abiotic and biotic

changes at the edges (e.g., Bogaert et al. 2001; J. Williams, ReVelle, and Levin

2005).

Edge Orientation

Second, and perhaps not surprisingly, the extent to which edge e¤ects penetrate

habitat fragments may be influenced significantly by the aspect or orientation of

the edge (Wales 1972; Ranney, Bruner, and Levenson 1981; Brothers and Spin-

garn 1992; Brothers 1993; Matlack 1993a; Young and Mitchell 1994; Turton and

Freiburger 1997). In the Northern Hemisphere, higher inputs of solar radiation
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to south-facing edges generally mean that they are warmer, drier. and wider than

north-facing edges; the opposite is true in the Southern Hemisphere (Young and

Mitchell 1994). There are only a few studies that explicitly examine north-facing

versus south-facing edge e¤ects in tropical systems, but the expectation is that

because there are not strong seasonal di¤erences in the inputs of solar radiation

to north- or south-facing edges in equatorial ecosystems, there would not be dis-

tinct e¤ects of edge orientation on microclimatic variables.

Changes in the structure and composition of the existing plant communities

are associated with changes in light, temperature, moisture, and wind conditions

at forest edges. For example, in the deciduous forest patches of southeastern Wis-

consin studied by Ranney, Bruner, and Levenson (1981), forest edges typically

contained more pioneer and xeric plant species than the interior—higher densi-

ties of shrubs and herbaceous ground-layer vegetation—an e¤ect that penetrated

for several meters into the forest; the edges also had higher species richness than

the interior. In tropical forest remnants in northeast Australia, the number of

rainforest seedlings was higher in the forest interior relative to the edges, pre-

sumably because germination declined at the edges due to greater light intensity

and soil surface temperatures (Turton and Freiburger 1997). Higher species rich-

ness in forest edges may result from the invasion of exotic plant species (Broth-

ers and Spingarn 1992). Edge orientation may also influence species composi-

tion; south- and west-facing edges contained more xeric plant species than did

north- and east-facing edges (Wales 1972; Ranney, Bruner, and Levenson 1981),

due to variation in light and moisture conditions. Ranney, Bruner, and Levenson

(1981) predicted that the composition of these forest patches would eventually

change as a result of increased seed dispersal from the edge to the interior, with

shade-intolerant edge species—e.g., hickory (Carya spp.) and hawthorn (Cratae-

gus spp.)—replacing shade-tolerant plants of the interior—e.g. sugar maple (Acer

saccharum) and American beech (Fagus grandifolia).

Similarly, they found that the windward edges of forest patches tend to be

warmer, drier, and wider than leeward edges. Moreover, trees growing along the

edge of a forest fragment may be exposed to greater wind velocities than those oc-

curring in the forest interior. For example, in the United States, in the Douglas

fir forests of the Pacific Northwest, higher wind velocities were recorded from the

forest edge to a distance 60m into the forest interior (Chen, Franklin, and Spies

1992). Increased wind velocities at the forest edge may result in an increased in-

cidence of mortality due to tree-fall, especially for shallow-rooted tropical trees.

In an isolated 10 ha forest patch in Brazil, the overwhelming majority of tree

mortality along the margins was on the windward margin of the patch; annual
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tree mortality rates were estimated to be 2.6% in isolated patches versus 1.5% for

continuous forest (Lovejoy et al. 1984; Bierregaard et al. 1992).

Depth-of-Edge Influence

A third generalization that arises from edge e¤ect studies is that the distance over

which edge e¤ects extend (often called depth-of-edge influence) is determined not

only by the aspect or orientation of the edge, but also depends significantly on

what particular variable is being measured across the habitat boundary. The at-

tenuation of light at forest-field edges, for instance, may occur for only a few me-

ters inside the forest fragment, whereas shifts in soil moisture may extend much

farther. For example, old-growth forest remnants studied in central Indiana ex-

hibited significant increases in light levels and temperature and a marked de-

crease in humidity at the forest-field edge (Brothers and Spingarn 1992). These

microclimatic di¤erences ceased to exist beyond a distance of 8m into the forest

for these relatively small, 8–23 ha forest fragments. Similarly, temperature and

light decreased within relatively short distances in eastern deciduous forest frag-

ments in Pennsylvania and Delaware (Matlack 1993a), but humidity and leaf-

litter moisture continued to change 50m into the forest interior.

In their intensive, long-term study of Amazonian forest fragments (high-

lighted in chapter 4), W. Laurance et al. (1997) measured the edge e¤ect distances

of many di¤erent ecological phenomena (fig. 5.2). The beauty of this study is that

multiple variables were measured across the same forest-pasture boundaries,

which makes it easy to compare edge e¤ect distances for a variety of variables.

These measurements reveal a quite interesting pattern, which is that abiotic vari-

ables (such as relative humidity, the number of tree-fall gaps, and air tempera-

ture) tend to penetrate from 10 to 70m into the forest, but shifts in biotic factors

(such as the species composition of leaf-litter invertebrates and the invasion of

disturbance-adapted butterflies) extend much farther, from 100 to 250m into the

forest.

Other edge e¤ects may occur at even broader spatial scales (W. Laurance 1991,

2000). W. Laurance (2000) reviewed two di¤erent studies of edge e¤ects in South-

Figure 5.2. (opposite) Edge penetration distance, or depth-of-edge influence, for 27

response variables measured at the Biological Dynamics of Forest Fragments (BDFF)

project in the Brazilian Amazon. Distance is measured in meters. The white bars 

denote abiotic variables, the dark bars denote biotic variables. Three abiotic and three

biotic variables are noted as examples. Redrawn from W. Laurance et al. (1997).
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east Asian forests (Curran et al. 1999; H. Peters 2001), both of which suggested

much greater depths-of-edge influence than previously recorded. Laurance sur-

mised that at Curran et al.’s (1999) study sites in western Borneo, the influx of

seed predators from degraded forests to intact dipterocarp forests, and their sub-

sequent negative impact on seedling establishment, must have occurred over dis-

tances of 10 km. In peninsular Malaysia, a greater abundance of wild pigs, due to

an increase in their food supply in agricultural areas, caused shifts in the inva-

sion of exotic species in a protected forest, even though the oil-palm plantations

that supplement the pigs’ diets occur more than 2 km outside the forest reserve.

So the answer to the question, How wide is the edge? really depends on what

feature of the edge e¤ect is being considered. The distance is relatively small for

microclimatic e¤ects, but shifts in animal abundance and distribution may occur

over several kilometers. Moreover, scientists involved in the Amazonian study

found edge e¤ects to be so pervasive and to have such profound impacts that 

they concluded that “the Theory of Island Biogeography has not lived up to its ini-

tial promise of serving practical conservation biology. Recent knowledge from

BDFFP [Biological Dynamics of Forest Fragments Project] . . . suggests that

much of the ecological degradation can be accounted for by the influences of edge

e¤ects and the surrounding matrix, neither of which is addressed by Island Bio-

geography Theory” (Gascon and Lovejoy 1998, p. 273; italics mine).

Edge E¤ects in Varied Landscapes

A fourth generalization that can be noted from studies of edge e¤ects is that the

extent and character of edge e¤ects depends on the features of the matrix sur-

rounding a habitat patch. This issue of landscape context will be considered in

broader terms in the following section, but the present discussion emphasizes

the explicit di¤erences in edge e¤ects in varied landscapes. A key aspect of land-

scape boundaries is contrast, which refers to the degree to which habitat types on

either side of the boundary di¤er from one another. Thus boundary contrast is

directly related to the characteristics of the surrounding matrix. Boundaries may

be described as abrupt, sharp, and hard (Wiens, Crawford, and Gosz 1985; For-

man 1995); as soft and gradual; or anywhere in between these two extremes. The

adjectives “sharp” and “gradual” clearly reflect human perception of the struc-

tural di¤erences across boundaries. We still know relatively little about how these

structural attributes (boundary contrast) translate into functional aspects (bound-

ary permeability), such as the movement of animals or materials across bound-

aries (Holmquist 1998; Collinge and Palmer 2002; Cadenasso et al. 2003; see also
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chapter 6). A field study of montane forest edges in the highlands of Chiapas,

Mexico, compared edge e¤ects for boundaries with high contrast between forest

and field (cleared pastures) versus low contrast (old fields) (López-Barrera et al.

2007). Oak acorn dispersal by small mammals extended farther from remnant

forests into fields in places where the boundary between the two habitat types was

soft (low contrast) than for high-contrast boundaries. Thus the extent of edge

e¤ects (seed dispersal across forest-field edges) was greater where the contrast

between the two patch types was less.

In addition to variation in the distance over which edge e¤ects occur across

di¤erent patch types, the character of edge e¤ects may change depending on sur-

rounding land use. For example, in addition to microenvironmental changes, for-

est fragments in suburban areas experience altered conditions due to human ac-

tivity. Matlack (1993b) observed that suburban residents dumped grass clippings,

Christmas trees, and building rubble in nearby forest remnants. They also gath-

ered firewood, pruned limbs, and built tree houses in these habitats. In this

northern Delaware suburban landscape, 95% of these human activities occurred

within 82m of the forest edge. Thus changes in forest conditions due to human

activities may permeate the forest interior as far as or farther than microclimatic

changes. The influence of a suburban development on adjacent native habitat

may be visually subtle, but it may carry far beyond property-line boundaries. In

other words, suburban developments may have an ecological “aura” that extends

into adjacent native habitats. Such significant influences must be an important

consideration in the design and planning of suburban developments in continu-

ous native habitat.

As mentioned above, tree mortality may be higher at forest edges, but this

mortality at the edges may also vary significantly, depending on what type of 

habitat surrounds the fragment. For example, Amazonian old-growth forest frag-

ments that were part of the BDFF project (chapter 4) and studied by Mesquita,

Delamonica, and Laurance (1999) were surrounded either by cattle pastures or by

one of two types of second-growth forests. The second-growth forests were dom-

inated either by the pioneer tree species, Cecropia, or a second pioneer tree

species, Vismia. Tree mortality at the forest edges was higher in fragments sur-

rounded by cattle pastures than those surrounded by second-growth forests.

Edge e¤ects also appeared to extend slightly farther (by about 20m) into the for-

est fragments bordered by pastures than those surrounded by second-growth 

forest.

Many studies of edge e¤ects have focused on bird predation at forest edges.

Early investigators (e.g., Gates and Gysel 1978) noted higher predation on bird
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nests at forest edges than those in intact interior forests, and this emerged as a

major mechanism to explain the declines of birds in highly fragmented forests

(Paton 1994). Further field studies and meta-analyses of nest predation have con-

cluded that nest predation at edges may be mediated by landscape context (An-

drén 1992; Donovan et al. 1997; Hartley and Hunter 1998; Lahti 2001; Chalfoun,

Thompson, and Ratnaswamy 2002; Driscoll and Donovan 2004; Tewksbury et al.

2006). Two separate meta-analyses noted that in general, nest predation in-

creased with proximity to the edge, but the patterns were stronger in agricultural

or non-forested landscapes than in forest-dominated ones (Hartley and Hunter

1998; Chalfoun, Thompson, and Ratnaswamy 2002). In introducing their own

field studies of nest predation in wood thrushes, Driscoll and Donovan (2004) as-

serted: “There is an emerging pattern in investigations of habitat fragmentation

that the occurrence of edge e¤ects, especially across forest-field edges, depends

on the composition of the landscape in which the edge is embedded. Yet the gen-

erality of this pattern—that edge e¤ects are context-dependent—is still uncer-

tain” (p. 1331).

landscape context

These observations—that edge e¤ects may di¤er depending on the composition

of the surrounding landscape—provide some background for a broader and

more detailed discussion of landscape context. As defined above, landscape con-

text refers to the characteristics of the landscape surrounding a fragment (the ma-

trix), and it may have profound e¤ects on ecological patterns and processes

within the fragments. Compared to studies of fragment size and isolation, rela-

tively few researchers have examined how the landscape context of habitat 

remnants a¤ects population and community dynamics. A number of published 

studies reveal striking ecological patterns among remnants that di¤er in their

surroundings (e.g., Åberg et al. 1995; Stou¤er and Bierregaard 1995; Sisk, Had-

dad, and Ehrlich 1997; Ricketts et al. 2001; Guirado, Pino, and Roda 2006;

Ohlemüller, Walker, and Wilson 2006; Rand and Louda 2006). As an example of

a strong e¤ect of landscape context, Sisk, Haddad, and Ehrlich (1997) found that

bird species richness and abundance in northern California remnant woodlands

di¤ered significantly in patches surrounded by chaparral compared to those sur-

rounded by grassland.

It is worth taking a moment here to discuss how researchers describe and

study the e¤ects of landscape context. After all, landscapes are complex, hetero-

geneous amalgamations of various habitat types and land uses, so it is a diªcult
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task to develop appropriate measures of context. As a useful and relatively easy

first pass, many researchers describe the landscape surrounding a patch by first

demarcating a defined area (usually circular or square in shape) that borders a

habitat patch on all sides, usually by using aerial photographs or satellite images.

They then calculate the percent cover of that defined area (excluding the patch it-

self ) that is occupied by a particular habitat type or land use, such as grassland,

forest, urbanization, or agriculture. This is repeated for several to many patches

in the landscape, which are usually specifically chosen to represent the desired

range of conditions present in the surrounding landscape. The dependent vari-

able of interest (e.g., bird species richness, herbivory on a particular plant

species, the prevalence of a particular pathogen, the abundance of an endangered

mammal, or nutrient input to a lake) is measured in all of the focal patches. Then

it is related to the independent variable, the percent cover of the di¤erent habitat

types or land uses in the landscape. This description of context can also be done

for multiple spatial scales by drawing concentric circles or squares of ever-larger

dimensions around the patch (e.g., Roland and Taylor 1997; Langlois et al. 2001;

Ste¤an-Dewenter, Munzenberg, and Tscharntke 2001) and then calculating the

percent cover of every single habitat type or land use in each of these nested sam-

pling grids or areas. This is a particularly useful approach for identifying the spa-

tial scale at which species or ecological processes respond to landscape context

(e.g., Roland and Taylor 1997; Bock et al. 2002).

Species’ Responses and Interactions

Many studies that have measured landscape context in this way have revealed

striking patterns of variation in ecological parameters (such as species richness,

species occurrence, population abundance, animal movement patterns, and

species interactions) associated with variation in landscape context. Others have

noted no such e¤ects of landscape context, citing local patch variables as being

more critical influences on ecological parameters than landscape context.

The abundance of individual species, as well as the number of species present

in fragments, may vary significantly with variation in landscape context. For ex-

ample, in a study of spruce forests in Norway, both species richness and the

abundance of individual species of mycetophilids (small flies that develop in

fungi) were positively associated with the amount of old-growth spruce forest in

the surrounding landscape (Økland 1996). Ricketts et al. (2001) surveyed moths

within agricultural sites near a large forest fragment in southern Costa Rica and

found that moth species richness and abundance were higher in sites near the
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forest fragment than in those farther away from the fragment. Species composi-

tion also di¤ered among sites, depending on how close sites were to remnant

forests. These authors suggested that forest fragments form a halo by influenc-

ing species composition in adjacent agricultural habitats up to 1.4 km from the

forest edge. The invasion of alien plant species into indigenous forest fragments

in New Zealand was related significantly to the amount of indigenous forest

cover in the surrounding landscape (Ohlemüller, Walker, and Wilson 2006); alien

species richness was lower in fragments that were surrounded by a greater cover

of native forest. In all three of these cases, landscape context significantly influ-

enced species composition within fragments.

Whether a species even occurs in a given habitat fragment may depend on

landscape context. Occurrence and abundance of the rare western ringtail pos-

sum, or ngwayir (Pseudocheirus occidentalis), was associated significantly with sev-

eral features of the landscape surrounding its native Eucalyptus forest habitat in

southwestern Australia (Wayne et al. 2006). The authors observed a positive as-

sociation with ngwayir occurrence and the control of fox predators in the sur-

rounding landscape, and found negative associations with the amount of forest

fragmentation and the distance to non-native vegetation types (agricultural fields

and tree plantations). In a study of birds in urban forest fragments near Tokyo,

Japan, certain species, such as the Oriental turtle dove (Streptopelia orientalis) oc-

curred more frequently in woodlands surrounded by agricultural areas than in

woodlands surrounded by urbanized areas (Morimoto et al. 2006). The authors

suggested that the occurrence patterns were probably related to movement abili-

ties; the species that displayed this pattern could perhaps move easily across agri-

cultural areas, but not urban areas, so they were found with greater frequency in

woodlands surrounded by agricultural areas.

The di¤erential abilities or aªnities of species to travel across particular habi-

tat types or land uses may ultimately explain variation in occurrence patterns in

conjunction with landscape context. For example, hazel grouse (Bonasa bonasia)

in Swedish forest fragments dispersed over much greater distances when the

surrounding matrix was forested habitat than when it was open fields (Åberg et

al. 1995). In agricultural landscapes, grouse appeared to disperse up to about 100

m between suitable forest habitats, but in predominately forested landscapes,

grouse dispersed much farther, up to 2000 m. This link between matrix compo-

sition and animal movement will be explored more fully in the next chapter, but

it is important to note here that variation in movement may help explain rela-

tionships between species occurrences in habitat fragments that are found in

di¤erent landscape settings.
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Because di¤erent landscape contexts may shift species composition in habitat

fragments, interactions among species that occur in those fragments may also 

be altered. Several recent examples show how key interactions among species—

including parasitism, herbivory, pollination, and seed dispersal—may shift in 

relation to landscape context. Three of four fly parasitoids that infest an eco-

nomically important forest herbivore, the forest tent caterpillar, had higher rates

of attack in contiguous rather than fragmented aspen forests near Edmonton, 

Alberta, Canada (Roland and Taylor 1997). Similarly, in eastern Canada, the

spruce-budworm-caused mortality of balsam fir was greater in conifer stands sur-

rounded by extensive conifer forest than in those surrounded by deciduous for-

est (Cappuccino et al. 1998). The number of visits by bee pollinators to Centaurea

jacea (Asteraceae) flowers in central Germany was positively associated with the

amount of semi-natural habitats (grasslands, orchard meadows, hedgerows, and

garden land) within a 250 m radius of the focal plant (Ste¤an-Dewenter, Mun-

zenberg, and Tscharntke 2001). The proportion of flower heads that were dam-

aged by seed predators similarly increased in landscapes with a greater propor-

tion of semi-natural habitats. Consequently, the net e¤ect of landscape context on

seed set was neutral; pollination was enhanced, but so was seed predation. The

dispersal of seeds of the shrub Solanum americanum by frugivorous birds in

Puerto Rico was enhanced significantly in plant neighborhoods that included a

co-occurring fruiting species, Cestrum diurnum, than in monospecific experi-

mental arrays that contained only Solanum (Carlo 2005). This study experimen-

tally controlled the abundance and composition of fruiting plants, so the di¤er-

ences in frugivory and seed dispersal could be directly attributed to di¤erences in

the composition of fruiting landscapes. All of these studies show that species in-

teractions are context-dependent and are not solely a function of the plant traits

or inherent features of the species with which they interact.

A final example of species interactions that may be influenced by landscape

context comes from a study of a biological control insect that has shifted plant

hosts. Rhinocyllus conicus is a weevil that was introduced to the United States to

control non-native noxious thistles, especially Carduus nutans. Rand and Louda

(2004) investigated the distribution and abundance of R. conicus occurrence,

specifically as a function of landscape context, on two species of native thistles

(Cirsium undulatum and C. flodmanii) in central Nebraska. The intensity of her-

bivory by R. conicus, determined by the number of eggs deposited on flower

heads of the native thistle (C. undulatum), was positively associated with the den-

sity of the noxious thistle (Carduus nutans) that was measured in fields sur-

rounding the focal study sites (fig. 5.3). The risk of infestation by this herbivore
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Figure 5.3. Top: The number of eggs of the

herbivore Rhinocyllus conicus deposited on

flower heads of the native wavy-leaved

thistle, Cirsium undulatum, in relation to the

abundance of the exotic thistle, Carduus

nutans, in the surrounding landscape.

Redrawn from Rand and Louda (2004).

Bottom: Photograph of Rhinocyllus conicus

pupae and larva inside the inflorescence of

Platte thistle (Cirsium canescens) in Arapaho

Prairie, Nebraska. Photo by Svat̆a M. Louda.



on native thistles thus depended significantly on characteristics of the surround-

ing landscape.

Land Use and Aquatic Ecosystems

Thus far this chapter has surveyed species responses to landscape context and

shifts in species interactions in di¤erent landscape types. However, the influ-

ences of varied adjacent habitat types and land uses on habitat patches is perhaps

best understood for aquatic ecosystems, particularly lakes and streams (Likens et

al. 1970; Peterjohn and Correll 1984; Pringle 1991; Sorrano et al. 1996; J. Allan

2004; Moore and Palmer 2005). The supply and flow of nutrients, materials, and

energy within water bodies—as well as between lakes, streams, and the sur-

rounding landscape—may di¤er substantially, depending on the adjacent land

use or activity. For instance, in an agricultural landscape, the relative inputs of ni-

trogen and phosphorus into a stream varied according to the relative proportion

of cultivated cropland versus riparian vegetation adjacent to the stream (Peter-

john and Correll 1984). The land-water interface can be seen as the ultimate hard

boundary, since the contrast between aquatic and terrestrial habitats and organ-

isms is usually quite sharp. Additionally, aquatic-terrestrial edges are usually only

permeable in one direction, that is, nutrients, materials, and energy typically flow

from land to water. A notable exception is during flooding events, where the

aquatic environment essentially invades the terrestrial environment, reversing

that flow of nutrients, materials, and energy.

Soranno et al. (1996) extended our understanding of how adjacent land uses

contribute to water quality by developing a model for an agricultural-urban wa-

tershed in Wisconsin that incorporated landscape spatial configuration. The re-

searchers calculated the percent cover of di¤erent habitat types and land uses in

the watershed, as had been done previously, but they also calculated nutrient in-

put to the lake by accounting for the spatial variation in topography and land use,

both of which influence the rate of overland water flow. They used this model to

identify major inputs of non-point-source phosphorus, as well as to predict the

impacts of future land use changes on water quality in the lake. Subsequent

analyses of dissolved organic carbon input to lakes in Adirondack Park in New

York (Canham et al. 2004), and of nitrogen input to streams in the coastal plain

of Maryland (R. King et al. 2005), revealed that the proportion of adjacent land

use in di¤erent categories, as well as the spatial arrangement of land uses, can

influence water chemistry and aquatic biodiversity.

As with studies of species’ responses to landscape context, most studies of
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landscape context e¤ects in aquatic systems have primarily quantified the pro-

portion of surrounding habitat types or land uses. Although it is a more diªcult

proposition to characterize and compare the relative e¤ects of distinct spatial

configurations of land uses on ecological processes, several published studies

now include such sophistication (e.g., Soranno et al. 1996; Canham et al. 2004; 

R. King et al. 2005). In a recent review, M. Turner (2005) noted that “whether just

the composition of the uplands (i.e., the amount of di¤erent land uses) matters,

or if the spatial configuration is also important, remains unresolved because

studies have produced conflicting results” (p. 1970).

Local versus Landscape E¤ects

Although the foregoing discussion has featured a large number of ecological

studies that have demonstrated the importance of landscape context for ecologi-

cal processes, some researchers have documented that local habitat characteris-

tics determine ecological patterns and that landscape context plays a relatively

weak role (e.g., Edenius and Sjöberg 1997; Berry and Bock 1998; Lindenmayer,

Cunningham, and Pope 1999; Pharo, Lindenmayer, and Taws 2004). An exten-

sive survey of mammals in 86 forest fragments in southeastern Australia demon-

strated the variability in species’ responses to landscape context. For several

mammal species, there were no significant di¤erences in their presence or abun-

dance in forest stands surrounded by native Eucalyptus forest versus those sur-

rounded by non-native pine tree plantations (Lindenmayer, Cunningham, and

Pope 1999; Lindenmayer et al. 1999). The reasons for this lack of e¤ect may stem

from the behavior and movement capabilities of the mammals in these forests.

Perhaps the animals move easily through the pine plantations, and so essentially

do not view their habitat as discontinuous. Alternatively, perhaps the forest frag-

ments are large enough to support persistent populations of these mammal

species, so their dispersal from the fragments is unnecessary. Pharo, Linden-

mayer, and Taws (2004) studied bryophyte distributions in these same remnant

forests, and similarly found that both liverworts and mosses were more strongly

a¤ected by site and substrate factors than by the type of cover in the surrounding

landscape. In dry Eucalyptus forests in Queensland, Australia, the abundance of

several diurnal bird species was una¤ected by landscape context, but the diver-

sity and abundance of several glider species was altered significantly by land-

scape variables (McAlpine and Eyre 2002).

Given that ecological studies have produced variation in the responses of

species to landscape context, are there any generalizations that can be made re-
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garding the importance of context for ecological processes? In an e¤ort to discern

general patterns, Mazerolle and Villard (1999) reviewed published studies that

combined local and landscape e¤ects. They asked whether local (patch) charac-

teristics or landscape characteristics exerted strong e¤ects on patterns of species

abundance and distribution. At the time of their review, there were 61 studies 

appropriate for analysis, 49 of which were conducted in forests fragmented by

agricultural activity. Their analysis revealed that the presence and abundance of

birds, mammals, amphibians, and reptiles tended to be a¤ected by both patch

and landscape variables, whereas studies of invertebrates tended to show stronger

e¤ects of patch characteristics than landscape variables. The variation in the re-

sponses of species groups is probably attributable to body size and movement

abilities, as well as to the scale at which species perceive landscape spatial struc-

ture (With 1994). The reasoning is that because larger animals have broader-

ranging movement patterns than smaller, less mobile animals, the former should

be more greatly a¤ected by landscape context. Thus species’ responses to land-

scape context may be dependent significantly on movement patterns. For exam-

ple, individual Iberian lynx move at di¤erent rates and with di¤erent probabili-

ties, depending on the habitat type and land use (Ferreras 2001).

Studies published since Mazerolle and Villard’s (1999) review confirm and ex-

tend their findings. Recent research has shown the importance of landscape con-

text to the presence and abundance of birds and mammals in a variety of habitat

types (Villard, Trzcinski, and Merriam 1999; J. Miller et al. 2003; Dunford and

Freemark 2005; Silva, Hartling, and Opps 2005; Martin et al. 2006). Moreover,

these studies have shown that, similar to the aquatic studies mentioned above,

the influence of landscape context is due not only to the percent cover of a par-

ticular habitat type or land use, but also to the spatial configuration (Villard,

Trzcinski, and Merriam 1999) and intensity (Martin et al. 2006) of various land

uses. In a study of forest fragments in southeastern Canada (Dunford and

Freemark 2005), di¤erent land uses also appeared to exert e¤ects on species at

di¤erent scales; agricultural land uses a¤ected species in forest fragments at a

distance of up to 5 km, and urban land uses had impacts at both fine scales (up

to 1.8 km) and at a broad scale (5 km).

Rapid Urbanization

An increasingly common landscape configuration is that of native habitat sur-

rounded by urban and suburban development (Soulé et al. 1988; Theobald,

Miller, and Hobbs 1997; Grimm et al. 2000). As noted above, fragments adjacent
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to urban developments and their associated features (such as roads and parks)

may experience unique pressures compared to those surrounded by agricultural

activities or forest plantations. In the western United States in particular, human

population growth is as high as 13% per year in some regions (Riebsame 1997),

so the juxtaposition of native habitat and urban development continues on a dra-

matic upward trajectory. In the past ten years, there has been increased attention

to ecological studies in urban areas, with results that suggest unique and varied

e¤ects of urban landscape context on ecological patterns and processes. An on-

going, comprehensive study of this context near Boulder, Colorado, provides a

useful case study for discussing this topic.

In 1994, Jane and Carl Bock, my colleagues at the University of Colorado at

Boulder, began a study of biological diversity in relation to landscape context. The

city of Boulder is located at the intersection of the western Great Plains and the

eastern edge of the Rocky Mountain foothills (40°00	54
 N, 105°16	12
 W), and

its human population has increased nearly five-fold since 1950, from 20,000 res-

idents to a current population of about 100,000. The City of Boulder Open Space

Department owns or manages over 10,000 ha of grassland habitat, which forms

a nearly continuous green belt around the city (Bock et al. 2002; Collinge, Prudic,

and Oliver 2003). These protected grasslands include tallgrass remnants and

hayfields in lowland floodplains, and mixed grass and shortgrass prairies on up-

land slopes and mesas.

The Bocks established 66 circular, 200 m diameter study plots in grasslands

near Boulder that were surrounded by varying levels of urbanization, from con-

tinuous grassland up to grasslands surrounded by about 30% urbanization. All

of the study plots were placed within grassland habitats, with the plot centers at

least 100m from the nearest urban structures. Because of the relatively contigu-

ous spatial configuration of these grasslands, characterizing them in terms of

their surrounding context was more appropriate than including more typical

measures such as patch size and isolation. All 66 study plots were located in one

of four grassland types, including shortgrass prairie (n � 13), mixed-grass prairie

(n � 21), tallgrass prairie (n � 11), and hayfields. Of the 66 plots, 30 were located

near some form of human activity, such as residential or commercial develop-

ment, and the other 36 plots were surrounded by native habitat (Bock et al. 2002).

For three consecutive field seasons, the Bocks and their field crews sampled

the abundance and species composition of raptors, grassland birds, small mam-

mals, grasshoppers, and flowering plants in each of these plots. I and my graduate-

student colleagues followed with surveys of butterflies in each of the plots during
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1999 and 2000, and with surveys of black-tailed prairie dogs in colonies surrounded

by varying levels of urbanization in 2000 and 2001. To describe landscape context

for each study plot, a satellite image was classified and converted to a land-cover

map of the area (Haire et al. 2000). Then the percent of each habitat type and

land use was calculated in each of five square windows, ranging in area from 6 to

400 ha. Our combined research e¤orts showed that some species are quite sen-

sitive to relatively low levels of urbanization in the surrounding landscape, oth-

ers are apparently una¤ected, and the abundance of at least one species (prairie

dogs) is positively associated with urbanization. Given the comprehensive scope

of this combined research e¤ort, we can directly compare responses among taxa

that occur in the same grassland habitats.

Small Mammals

The abundance of the four dominant, native, small mammal species observed

in this study was a¤ected significantly by surrounding urbanization. Deer mice

(Peromyscus maniculatus), prairie voles (Microtus ochrogaster), and hispid pocket

mice (Chaetodipus hispidus; see fig. 5.4a) declined sharply in abundance in grass-

land sites surrounded by as little as 5%-10% cover of urban land uses (Bock et al.

2002), suggesting strong negative e¤ects of adjacent urban development on na-

tive grassland species. The abundance of the only non-native species captured,

the house mouse (Mus musculus), was not associated significantly with the

amount of urbanization in the surrounding landscape. The authors suggested

that one likely mechanism for reductions in small mammal abundance near ur-

ban edges may be the presence of rodent predators associated with human

dwellings (e.g., house cats).

Songbirds

Increased urbanization near native grassland sites was also negatively corre-

lated with the abundance of grassland nesting songbirds (Bock, Bock, and Ben-

nett 1999; Haire et al. 2000). All seven songbird species studied declined in abun-

dance as surrounding urbanization increased. For two species, the horned lark

and the Savannah sparrow, no birds were observed in plots where 4%–7% of the

surrounding landscape was urbanized, suggesting a high sensitivity to adjacent

urban development. Grasshopper sparrows, which are mixed-grass and tallgrass

specialists, declined abruptly in abundance at approximately 10% urbanization

(fig. 5.4b).
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Figure 5.4. The e¤ects of urban landscape context on native species abundance or

richness in Boulder County, Colorado, grasslands. (a) Abundance of Chaetodipus hispidis

(hispid pocket mouse). Redrawn from Bock et al. (2002). (b) Abundance of Ammodramus

savannarum (grasshopper sparrow). Redrawn from Haire et al. (2000). (c) Sum of

abundances of 57 species of grassland butterflies. Redrawn from Collinge, Prudic, and

Oliver (2003). (d) Abundance of black-tailed prairie dogs. Redrawn from W. Johnson and

Collinge (2004).
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Raptors

Birds of prey forage over large areas and therefore might be expected to re-

spond to landscape context at broader spatial scales than smaller organisms.

Berry, Bock, and Haire (1998) used the same sampling plots near Boulder as de-

scribed above, but merged closely spaced plots into single sampling units, so that

the total number of plots sampled was 34, rather than the 66 plots used for the

other taxa in this study. They counted 465 diurnal raptors of 11 species during

three sampling seasons, including both winter and summer. Abundances of four

of the wintering raptors (bald eagles, ferruginous hawks, rough-legged hawks,

and prairie falcons) were negatively associated with the amount of urbanization

in the surrounding landscape. As with small mammals and songbirds, abun-

dances of these species declined sharply with as little as 5%–7% urbanization in

the surrounding landscape. Three of these species (all except the prairie falcons)

were also positively associated with another feature of landscape context—the

presence of black-tailed prairie dog colonies. The abundance of these species in-

creased in areas surrounded by prairie dog colonies, which are important prey re-

sources. Red-tailed hawks were the most abundant raptors observed, and they

were not associated significantly with urbanization. Six other raptor species were

also not associated significantly with surrounding urbanization, but relatively

few individuals of these species were found.

Plants

Barry Bennett (1997) surveyed vascular plants on each of the 66 plots for two

field seasons and recorded the presence of each species along 200 m transects

from each plot center to its boundary. These data were used to identify particular

plant communities, and also to ask whether the surrounding urbanization influ-

enced species composition or the presence of non-native plant species. Some-

what surprisingly, the sample plots did vary in the cover of non-native species,

but not in relation to surrounding urbanization. Plots that contained a high cover

of non-native plant species tended to be heavily grazed areas that were not nec-

essarily in close proximity to urban edges. No distinct e¤ects of surrounding ur-

banization on plant species composition were observed.

Grasshoppers

Grasshoppers are a highly diverse insect group in the western Great Plains, so

they were chosen as a representative insect group for this biodiversity study

(Craig et al. 1999). Grasshoppers were sampled in all 66 plots for two field sea-

f r a g m e n t  c o n t e x t  a n d  e d g e  e f f e c t s 115



sons to examine their habitat associations, and their abundance and distribution

in these grasslands were strongly a¤ected by local habitat characteristics. The

e¤ects of surrounding urbanization on grasshopper abundance and distribution

were not directly assessed in this study, but the authors did compare species’ lists

from their surveys with that of previous surveys conducted from 1949 to 1960

(Alexander and Hilliard 1969), when Boulder was much less heavily populated.

This comparison with historical data suggested that grasshopper species compo-

sition has not changed considerably over the past 50 years in Boulder County

(Craig et al. 1999).

Butterflies

Collinge, Prudic, and Oliver (2003) surveyed butterflies in the 66 grassland

plots in 2000 and 2001. The response of butterflies to the urbanization of the

Boulder Valley appeared to be similar to that of grasshoppers (Craig et al. 1999),

but di¤erent from that of raptors, small mammals, and songbirds (Berry, Bock,

and Haire 1998; Haire et al. 2000; Bock et al. 2002). We found that the grassland

habitat type and quality, but not surrounding urbanization, were the key deter-

minants of butterfly species richness and composition (fig. 5.4c). The lack of but-

terfly response to surrounding urbanization may be due to the fact that the cen-

ters of all circular, 200m diameter, grassland plots surveyed in these studies were

at least 100 m from the nearest urban edge. One explanation for the lack of a

significant e¤ect of landscape context for both grasshoppers and butterflies is

that they may respond to urbanization on a much finer spatial scale than raptors,

small mammals, and songbirds. Alternatively, the 5%-30% surrounding urban-

ization that we observed may not be suªcient to influence grasshopper and but-

terfly abundance and distribution. Although the direct e¤ects of urbanization on

butterflies were not apparent from our study, indirect e¤ects—such as increased

nutrient deposition, concomitant shifts in the distributions of exotic plant

species (Lejeune and Seastedt 2001), and increased butterfly mortality from

traªc (Ries, Debinski, and Wieland 2002)—may ultimately contribute to the

long-term persistence of butterfly populations in urban landscapes.

Black-Tailed Prairie Dogs

Although mice and voles responded fairly negatively to surrounding urban-

ization in the Boulder grasslands (Bock et al. 2002), we observed quite the oppo-

site e¤ect in our study of black-tailed prairie dogs in this landscape (Johnson and

Collinge 2004). Prairie dog density increased with increasing boundedness (a

measure of urban landscape context) and roads (fig. 5.4d). The higher prairie dog
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density that we observed may be due to a refuge e¤ect (or mesopredator release)

in urbanized landscapes (e.g., Crooks and Soulé 1999). As noted above, Berry,

Bock, and Haire (1998) showed that three species of raptors that are positively as-

sociated with prairie dog colonies (bald eagles, ferruginous hawks, and rough-

legged hawks) are also negatively associated with the amount of urbanization in

the surrounding landscape. If other potential prairie dog predators decline in ur-

banized landscapes, then prairie dog colonies may be able to achieve higher den-

sities in these urban colonies. Similarly, Miller and Hobbs (2000) observed pre-

dation that was significantly higher on songbird nests at greater distances from

recreational trails in Boulder County riparian areas, presumably due to human

presence and declines in nest predators adjacent to recreational trails.

The combined results from the Boulder biodiversity study suggest that the re-

sponse of grassland animals to urbanization in this region is scale-dependent,

with larger animals (prairie dogs excepted) responding to landscape structure ei-

ther at broader spatial scales or at lower levels of urbanization. For small mam-

mals, songbirds, and raptors, there appears to be a critical landscape threshold

(Andrén 1994; With and Crist 1995; see also chapter 10) that exists at 5%–7% 

urbanization of the landscape, a point where the abundance of these species

sharply decreases (Bock et al. 2002). Because herbivorous insects such as

grasshoppers and butterflies tend to be relatively host-plant specific, their occur-

rence at a site may depend largely on local habitat characteristics, such as the

presence of their food resources. For example, we observed a rare species of 

butterfly (Speyeria idalia) at only two adjacent tallgrass prairie plots, one of which

contained its native host plant, Viola nuttallii (Violaceae) (B. Bennett 1997; Col-

linge, Prudic, and Oliver 2003).

The results of our combined studies corroborate those in the Mazerolle and

Villard (1999) review. They reported that for most invertebrate studies, patch

characteristics explained a greater proportion of the variation in abundance and

richness than did landscape characteristics; for vertebrate species, landscape

characteristics explain a greater proportion of this variability, consistent with pre-

vious studies of vertebrate taxa in Boulder’s grasslands (Berry, Bock, and Haire

1998; Bock et al. 2002; Haire et al. 2000). Black-tailed prairie dogs are a distinct

exception, but their increased densities in urban areas may be due to a release

from predation by larger animals, such as raptors, that tend to avoid grasslands

surrounded by urbanization. Alternatively, prairie dogs may avoid dispersing

from colonies that are surrounded by urbanization, allowing colonies to reach

high densities. The next chapter will explore the e¤ects of matrix composition

and matrix quality on animal movement in more detail.
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synthesis

This chapter has emphasized a broader view of fragmentation studies, one which

goes beyond the fragments as islands paradigm reviewed in previous chapters.

Clearly, the changes that occur at fragment edges have pervasive impacts for mul-

tiple species and processes in many landscapes. Smaller patches have greater

edge e¤ects due to their geometry, as edge e¤ects tend to di¤er according to as-

pect and orientation (although this has not been well studied in tropical lati-

tudes); biotic e¤ects tend to permeate farther into interior habitats than do abi-

otic e¤ects; and edge e¤ects may di¤er depending on surrounding land uses.

Further research on edges and edge e¤ects should seek to identify the mecha-

nisms that underlie these responses; they should also place a greater emphasis

on more sophisticated analyses of the e¤ects of multiple edges and edge types

within landscapes (e.g., Ries et al. 2004; Fletcher 2005). Additionally, edge litera-

ture is still dominated by studies in forests. For a greater understanding of the

generality of edge e¤ects, we need more studies focused on edges between non-

forested habitats and human-generated land uses. In non-forested habitats,

edges are likely to be less abrupt and more di¤use, and therefore the character of

the edge e¤ects is likely to di¤er.

The composition of the landscape surrounding habitat fragments also clearly

influences ecological patterns and processes within patches. It is increasingly

recognized that it is impossible to fully understand the ecological aspects of frag-

mentation without considering the relevance of landscape context (e.g., Jules and

Shahani 2003; Ewers and Didham 2006). Kupfer, Malanson, and Franklin (2006)

recently referred to this as a “matrix-inclusive approach to fragmentation” (p. 15).

Landscape context can exert an influence on everything from nest predation and

nutrient flow to pollination and seed dispersal, so this concept is not only im-

portant to conservation biologists, but is clearly relevant to the entire science of

ecology. The e¤ects of context need to be considered, as well, especially in con-

cert with other variables that are likely to a¤ect ecological processes in frag-

mented landscapes, including patch size, shape, and quality.

Ecologists have made terrific progress in the past two decades in understand-

ing how the composition of surrounding habitat types and land uses a¤ects

species richness, abundance, interspecific interactions, and the flows of nutri-

ents and materials. Our knowledge now encompasses the spatial configuration

of habitat types and land uses, which greatly enhances the precision with which

we may be able to direct and manage landscape change for the benefit of biolog-

ical diversity.
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Animal and Plant 
Movement

The interplay between environmental heterogeneity and

individual movements can have far-reaching consequences

for the ecology of organisms.

—Peter Turchin (1998)

One of the most famous of Aesop’s fables relates the story of the tortoise and the

hare. After having been teased relentlessly by the hare about his rather plodding

gait, one day the slow tortoise challenges the swift hare to a race. Most readers

probably know how the story turns out. Along the route, the hare snacks on cab-

bages from a farmer’s field and dozes o¤, only to wake up just in time to see the

tortoise cross the finish line ahead of him. The story teaches children not to be

boastful of their talents, but it also conveys the message that slow and steady will

ultimately win over swift and hasty. The lesson is conveyed via the use of two an-

imals moving through the landscape, at di¤erent paces and with di¤erent path-

ways to their destination.

Is there any biological relevance to this fable? Well, as an aside, hares and tor-

toises don’t occur in the same habitat. But that doesn’t really matter; it’s a fable!

In fact, where their movements have been carefully studied, tortoises and hares

in the real world appear to both be similarly a¤ected by anthropogenic landscape

changes, particularly habitat loss and fragmentation, which alter their movement

pathways (e.g., Clevenger, Chruszcz, and Gunson 2001; Wirsing, Steury, and Mur-

ray 2002; Edwards et al. 2004).



Why do individuals move, besides to race each other in children’s stories? An-

imals typically move to forage, to find mates, to disperse to new colonies or pop-

ulations, or to migrate (Armitage 1991; Dingle 1996; Bowler and Benton 2005).

These di¤erent types of movements happen at di¤erent spatial and temporal

scales. Short-term, fine-scale foraging movements occur many times within an

animal’s lifetime; they make fewer annual round-trip migrations or, usually, only

a single once-in-a-lifetime dispersal trip to join a new population. Some species

may use complex navigation mechanisms to reach their destination, while oth-

ers may move more randomly. Most terrestrial animals move themselves, but the

movement of aquatic animals may be determined largely by currents (Bilton,

Freeland, and Okamura 2001). Plants are typically sedentary, but their products

(pollen and seeds) or other plant parts are dispersed by wind, water, or animals

(Chambers and MacMahon 1994; Ghazoul 2005). And parasites are typically de-

pendent on their hosts for movement (Lion, van Baalen, and Wilson 2006).

Species vary tremendously in their innate abilities and propensities for move-

ment, and each of these types of movement may be strongly a¤ected by land-

scape changes that alter the composition and configuration of habitats.

In fragmented landscapes, species often encounter obstacles in their attempts

to travel safely from point A to point B, in other words, from one suitable patch

to another. Because some species avoid certain landscape features, such as park-

ing lots or corn fields, habitat loss and fragmentation may force species to navi-

gate through complex patchworks of suitable habitat. This problem of species

movement through fragmented landscapes motivated the potential solution of

habitat corridors. Corridors have been widely proposed as a means to ameliorate

the negative e¤ects of habitat loss and fragmentation by linking otherwise iso-

lated habitat patches (Saunders and Hobbs 1991; Harris and Silva-López 1992;

Fahrig and Merriam 1994). Corridors have been variously defined as “narrow

strips of land which di¤er from the matrix on either side” (Forman and Godron

1986, p. 123), “strips of a particular type that di¤er from the adjacent land on both

sides” (Forman 1995, p. 38), “a linear landscape element that provides for move-

ment between habitat patches” (Rosenberg, Noon, and Meslow 1997, p. 678), “a

landscape element that plays a key role in connectivity” (A. Anderson and Jenk-

ins 2006, p. 3), and “routes that facilitate movement of organisms between habi-

tat fragments” (Hilty, Lidicker, and Merenlender 2006, p. 5).

These definitions emphasize both the structural (e.g., “linear elements”) as

well as the functional (e.g., “routes that facilitate movement”) aspects of corri-

dors. Despite the intuitive appeal of corridors as a resolution to the fragmenta-

tion conundrum, some researchers realized that these structural features may
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not always be the preferred movement pathways for plants and animals (Mann

and Plummer 1995; Rosenberg, Noon, and Meslow 1997; Schultz 1998). This led

to the broader concept of landscape connectivity. Corridors may be one type of

landscape feature that promotes connectivity, but even landscapes in which habi-

tat patches are not strictly linked by corridors o¤er some connectivity (Ricketts

2001; A. Anderson and Jenkins 2006; Crooks and Sanjayan 2006; Hilty, Lidicker,

and Merenlender 2006).

The fact that we observe such profound changes in biological diversity in re-

lation to habitat loss and fragmentation suggests that species vary widely in their

tolerance for and their capability to move through modified habitats. In land-

scapes dominated by human activities, shifts in species composition and popu-

lation abundance may be ultimately driven by altered plant and animal move-

ment patterns (Kareiva 1987; Henein and Merriam 1990; Ims 1995; Andreassen,

Hertzberg, and Ims 1998). Species’ movement patterns may provide a critical

link between individual decisions and population and community dynamics. For

example, the behavioral avoidance of roads (e.g., Forman et al. 2003) or other

modified habitats by animals may reduce movement rates between native habi-

tat fragments relative to continuous habitats, resulting in higher probabilities of

species extinction, lower rates of colonization, and diminished species richness

(Wilcove, McLellan, and Dobson 1986; W. Laurance and Bierregaard 1997). Con-

versely, the presence of woody hedgerows or other linear landscape features may

enhance movement rates between woodland fragments (Haas 1995; Tewksbury

et al. 2002). The crucial question is, Which features of the landscape impede

movement, and which features facilitate movement for a wide variety of organ-

isms?

This chapter now turns to studies of plant and animal movement in frag-

mented habitats, in order to have a better understanding of these critical links be-

tween individual characteristics and population and community dynamics. It

briefly reviews ecological theory related to movement and connectivity, discusses

whether habitat corridors provide connectivity, introduces broader views of land-

scape connectivity, including a growing body of literature on landscape genetics,

and suggests ways in which this basic understanding of individual movement

patterns is essential to a synthesis of the e¤ects of ecological fragmentation.

Throughout the chapter, I emphasize the ecological aspects of short-term, rela-

tively fine-scale movements, although there are a few examples of longer-term,

broader-scale movements.
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theory

The ecological theories of island biogeography (MacArthur and Wilson 1967) and

metapopulation dynamics (Levins 1969) and, more recently, metacommunity dy-

namics (Holyoak, Leibold, and Holt 2005), discussed in chapter 2, provide con-

ceptual frameworks for predictions regarding the role of habitat corridors in

species persistence and community composition. The key prediction from island

biogeography theory regarding habitat corridors is that immigration rates should

vary inversely with the distance of a fragment from a source of colonists. For ter-

restrial habitat fragments, such a colonist source could be a continuous expanse

of native habitat. J.H. Brown and Kodric-Brown (1977) added the rescue e¤ect

(fig. 2.2b), suggesting that island distance (in addition to size) may also influence

extinction rates. Specifically, in closely spaced resource patches, immigration

rates may be very high relative to extinction rates, shifting the balance of these

two rates in favor of immigration and thereby rescuing small populations from

extinction. If corridors reduce the e¤ective distance between patches, then they

should provide routes for an influx of colonists, which will increase the immi-

gration rate and facilitate the rescue e¤ect.

It must be abundantly clear by now that populations and communities often

exist in patchy landscapes. If that were not so, then this book would not even be

necessary! As in IBT, metapopulation theory suggests that corridors may modify

species persistence (Hanski and Gilpin 1991; Doak and Mills 1994; McCullough

1996). Failed colonization of available habitat fragments may occur because of

patch isolation (Hansson 1991; Fahrig and Merriam 1994), and the persistence of

metapopulations may depend on rescuing the populations within fragments

from extinction (sensu J.H. Brown and Kodric-Brown 1977) or recolonizing frag-

ments following the extinction of the populations they contain (S. Harrison and

Taylor 1997). Metapopulation theory, when applied to the dynamics of species in

human-induced habitat fragments, suggests that corridors between fragments

should increase the regional persistence of native species by reducing isolation

and thus increasing the probability of colonization (Dunning et al. 1995; S. Har-

rison and Fahrig 1995; McCullough 1996). Further, interacting metapopulations

form metacommunities. As was discussed in chapter 2, a metacommunity is

broadly defined as a collection of communities connected by dispersal (Hanski

and Gilpin 1991; Holyoak, Leibold, and Holt 2005). So, as with metapopulations,

movement, or the lack thereof, among scattered habitat patches a¤ects commu-

nity dynamics and persistence significantly.

To summarize, ecological theory predicts that any mechanism that reduces
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isolation among habitat patches should also expedite the movement of organ-

isms between patches, thereby reducing the rates of species loss and enhancing

the probability of fragment recolonization. If corridors successfully reduce iso-

lation, then habitat fragments connected by corridors should support more

stable populations and, perhaps, a higher number of species than completely

isolated fragments of equal size (E. Wilson and Willis 1975; J.H. Brown and

Kodric-Brown 1977; Simberlo¤ and Cox 1987; A. Bennett 1990; Saunders and

Hobbs 1991). Dispersal and immigration are essential to understanding popu-

lation and community dynamics in each of these theories. So we need to know

what species characteristics and landscape features a¤ect movement rates to be

able to incorporate these into predictive models of population and community

dynamics.

movement and connectivity

Movement is intimately related to the concept of landscape connectivity. In fact,

connectivity has been defined as “the degree to which the landscape facilitates or

impedes movement” (P. Taylor et al. 1993, p. 571). To make sense of the multi-

farious literature on connectivity, Calabrese and Fagan (2004) reviewed and con-

densed measures of landscape connectivity into three types of metrics: (1) struc-

tural connectivity, which includes the size, shape, and location of habitat patches

(and corridors) in the landscape, (2) potential connectivity, which includes the

physical features of the habitat patches, as above, as well as the dispersal dis-

tances (usually averages) of various organisms, and (3) actual connectivity, which

includes direct measurements of the physical features of the landscape and the

movement pathways taken by plants or animals in those landscapes.

Most of the discussion of connectivity covered so far in this book has focused

primarily on the first category in this classification scheme, structural connec-

tivity. Previous chapters reviewed studies that feature descriptions of habitat

patches and corridors in fragmented landscapes and examined species composi-

tion or population abundance in relation to those features. This chapter explicitly

incorporates studies of plant and animal movement into this discussion, which

moves us into the realms of potential and actual connectivity..

These broader views of connectivity arose from suggestions that corridors

may not be just linear landscape features; they may often be di¤use, species-

specific, and diªcult to identify in spatially heterogeneous landscapes (Taylor et

al. 1993; Gustafson and Gardner 1996). Researchers argued that landscape con-

nectivity depends on how the movement patterns of particular species interact



124 e c o l o g y  o f  f r a g m e n t e d  l a n d s c a p e s

with the structural features of that landscape (S. Harrison and Fahrig 1995; Schu-

maker 1996). Movement patterns may thus serve as a record of the perception of

and response to specific structural elements in the environment (Mader, Schell,

and Kornaker 1990; Loreau and Nolf 1994; With 1994; Turchin 1998; Haddad

1999). Perception and response to spatial heterogeneity may also provide clues to

the persistence capabilities of particular species (den Boer 1981). As humans

continue to alter the spatial structure of native habitats, it is vital to understand

and accurately predict how organisms will move through and be a¤ected by these

altered environments.

Ultimately, we would like to be able to trace the wanderings of plants and an-

imals through landscapes, so that we may infer which landscape features facili-

tate connectivity. But studies of movement are notoriously diªcult. If researchers

have the time, patience, energy, and financial resources to do so, they can follow

organisms in real time (or close to it)—using direct observations, radio-telemetry,

or satellite-tracking—and record habitat use and behavior in relation to land-

scape features (Ims and Yoccoz 1997). However, researchers primarily employ in-

direct measures, such as (1) surveys of species in di¤erent habitat types using

live-trapping, mist-netting, point-counts, spot-lighting, seed traps, and vegeta-

tion sampling, (2) mark-release-recapture studies of animals such as mammals,

birds and amphibians, and (3) remotely-triggered cameras (camera-traps) that are

heat- or movement-sensitive to capture images of larger animals, such as hyenas,

leopards, raccoons, or alligators. More recently, genetic studies have been com-

bined with analyses of underlying landscape structure. These genetic studies are

proving to be quite illuminating, since an organism’s genes essentially provide a

historic record of movements over multiple generations. The disadvantage of ge-

netic assessments, however, is that they can only measure movements that, de-

pending on the organism, ended either in survival or reproduction, which does

not give a full accounting of all movements.

do corridors provide connectivity?

In order to moderate the negative e¤ects of habitat isolation on species persis-

tence, one popular proposal is to safeguard linear landscape features that struc-

turally link otherwise isolated habitat remnants (Diamond 1975; E. Wilson and

Willis 1975; Forman and Godron 1981; Harris and Scheck 1991; Saunders and

Hobbs 1991; Lindenmayer and Nix 1993). Biological conservation e¤orts aimed

at the preservation of plant and animal diversity in fragmented landscapes have

considered that including corridors is a critical strategy in reducing the detri-



mental e¤ects of human disturbance (Arnold 1995; Beier and Noss 1998; A. An-

derson and Jenkins 2006; Hilty, Lidicker, and Merenlender 2006).

Whether corridors do in fact provide crucial linkages in fragmented habitats

has been debated vigorously (e.g., Hobbs 1992; Mann and Plummer 1995; Rosen-

berg, Noon, and Meslow 1997). Essentially, two key steps are required for corri-

dors to do what they are intended to do. First, individuals must not avoid corri-

dors—in other words, they must perceive them as suitable habitat. Second,

individuals must move along corridors preferentially, rather than take random

movement pathways across the landscape. Even if steps one and two are fol-

lowed, however, it is uncertain whether population extinction would occur in the

absence of corridors. Because of this complication, it has been diªcult to amass

scientific evidence to support or refute the role of corridors in enhancing move-

ment and preventing population declines. Fragmentation experiments in con-

trolled settings were discussed in detail in chapter 4—recall that studies directly

examining the relationship between corridor presence and population persis-

tence have shown positive e¤ects of corridors on the persistence of some species

(La Polla and Barrett 1993; F. Gilbert, Gonzalez, and Evans-Freke 1998; Haddad

and Baum 1999; Tewksbury et al. 2002; Damschen et al. 2006), but not others

(Collinge 2000; Hannon and Schmiegelow 2002).

Species Occurrence

As mentioned above, the first step to evaluating whether habitat corridors pro-

vide connectivity is to find out if plants and animals see them as suitable habitat.

One of the earliest studies to document the presence of species in corridors was

by MacClintock, Whitcomb, and Whitcomb (1977), who expressed surprise at

finding forest-associated bird species in a “miserably disturbed” (p. 10) corridor

in a wooded eastern deciduous forest landscape in the United States. They noted

that this corridor appeared to provide breeding habitat for several species, and

thereby reduced the negative e¤ects of forest fragmentation. Their observations

were compelling, but unfortunately there was no comparison of bird species rich-

ness in replicated fragments with and without corridors, so only limited conclu-

sions could be drawn. However, this observation was followed by a flurry of stud-

ies over the next 25 years in which researchers surveyed habitat corridors for

plants and animals. The collective results were that a wide variety of organisms

could be found in many types of corridors, including mice and chipmunks in

wooded fencerows (Wegner and Merriam 1979; A. Bennett 1990; A. Bennett,

Henein, and Merriam 1994), carabid beetles in French hedgerows (Burel 1989),
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butterflies in British hedgerows (Dover and Sparks 2000) and South African

grasslands (Pryke and Samways 2001), birds in wooded strips in grasslands in

the United States (Haas 1995), herbaceous plant species in Great Britain (Petit 

et al. 2004), trees in Costa Rica (Harvey 2000), arboreal mammals in tropical 

Australian forests (S. Laurance and Laurance 1999), and arboreal marsupials in

southeastern Australian forests (Lindenmayer, Cunningham, and Donnelly 1993;

Lindenmayer 1994).

Corridors may serve as suitable habitat for some species but not others, even

within the same landscape. For example, Bolger, Scott, and Rotenberry (2001)

studied mammals and birds in “corridor-like landscape structures” in San Diego

County, California, and observed that several rodent species spent as much time

in remnant strips of coastal sage scrub habitat and revegetated highway rights-

of-way as in remnant habitat patches. Based on information from prior studies,

bird species were categorized as either fragmentation-sensitive or fragmentation-

tolerant. As expected, the bird species that were more sensitive to fragmentation

(and, presumably, habitat quality), occurred in remnant habitat strips, but not in

the revegetated rights-of-way. However, these rights-of-way were acceptable to the

fragmentation-tolerant bird species, and the authors noted that these landscape

features have the potential to be e¤ective habitat linkages.

Some animal species may actively avoid corridors because they are too narrow

or too disturbed (e.g., Lindenmayer 1994), or because they are not floristically di-

verse (S. Laurance and Laurance 1999). Animals’ use of corridors may vary de-

pending on their foraging patterns, body size, home-range size, degree of dietary

specialization, mobility, and social behavior (R. Harrison 1992; Lindenmayer and

Nix 1993), as well as on their cognitive abilities and navigation mechanisms (e.g.,

Gillis and Nams 1998; Caldwell and Nams 2006; Vuilleumier and Perrin 2006).

Interestingly, Lindenmayer and Nix (1993) noted that linear remnants of mon-

tane forest in Australia harbored several species of large arboreal marsupials, but

smaller species were absent. These authors suggested that species occurrence in

these corridors was largely determined by foraging and social behaviors, rather

than by body size. The large animals foraged singly and fed on readily available

leaves that were relatively evenly distributed, while the smaller species foraged in

social groups and fed on more widely dispersed arthropods. Given the di¤ering

distributions of their food resources, the small marsupials appeared to be unable

to find enough food in the relatively narrow corridors.

Because corridors are usually linear and have a relatively high perimeter-to-

area ratio, they may be strongly influenced by edge e¤ects (see chapter 5) and har-

bor more generalist species than habitat patch interiors do. For example, in a
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study of the role of linear strips of Australian tropical rainforest in promoting an-

imal dispersal (C. Hill 1995), individuals of two of the four forest interior species,

a butterfly and a beetle, were observed in the rainforest corridor but not in the 

adjacent cultivated land. This suggests that dispersal for these two species may

be enhanced by the presence of the corridor. However, two other forest interior

species were not observed in the rainforest corridor, suggesting that the corri-

dor’s physical dimensions or habitat characteristics were insuªcient to facilitate

their spread. Hence the suitability of corridors as habitat and possible dispersal

routes will vary among species. Similarly, shade-loving, forest interior plants may

not thrive in corridors because of the altered microclimatic conditions found

there (Fritz and Merriam 1993; de Blois, Domon, and Bouchard 2002).

Some species may not be present in corridors because they depend on other

species that actively avoid corridors. For example, Norton, Hobbs, and Atkins

(1995) noted that native hemiparasitic mistletoes (Loranthaceae: Amyema mi-

quelii ) that live on Eucalyptus salmonophloia (salmon gum) trees in Western Aus-

tralia did not occur in wooded roadside corridors, even though these were con-

sidered suitable habitat. Their absence probably reflected the avoidance of these

corridors by the birds that feed on mistletoe fruits and distribute their seeds.

More recently, Hilty and Merenlender (2004) used remotely triggered cameras

to survey the use of riparian corridors by predators in Sonoma County, Califor-

nia, a region famous for its grape-growing and wine production. The authors cat-

egorized riparian corridors as degraded, narrow, or wide according to the charac-

teristics of the riparian vegetation, and then surveyed predator presence in each

type of corridor. They found that predators were far more likely to be detected in

riparian areas than in adjacent vineyards, and that more species of predators

were detected in wide corridors than in narrow or degraded corridors. These ob-

servations provide evidence that riparian corridors are perceived as habitat, and

that they may be important in ensuring the persistence of native predator popu-

lations (Hilty and Merenlender 2004).

Therefore it appears that the first condition—corridors must be perceived as

suitable habitat—is met for at least some species in some landscapes. Species

may thrive in corridors if the requisite environmental conditions are met, or they

may avoid using corridors as habitat based either on the physical characteristics

of the corridor or on some aspect of their life history, behavior, or interactions

with other species.
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Movement Pathways

If plants and animals find habitat corridors suitable, then the next step is for

them to use the corridors as preferred movement pathways between larger

patches of suitable habitat. Some investigations have shown that corridors may

function as both habitat and movement pathways (A. Bennett, Henein, and Mer-

riam 1994; Pryke and Samways 2001). For example, resident chipmunks in an

agricultural landscape used wooded fencerows as habitat, while transient chip-

munks used fencerows to travel between forest patches (A. Bennett, Henein, and

Merriam 1994). As noted above in the discussion of corridors as habitat, corri-

dors have been found to function as movement pathways for animals of various

taxa, including mammals (Merriam and Lanoue 1990; Lindenmayer and Nix

1993; Gehring and Swihart 2004), birds (Borgella 1995; Haas 1995), and insects

(Haddad and Baum 1999; Collinge 2000; Pryke and Samways 2001).

To clearly demonstrate whether corridors are preferred movement pathways,

it is essential to compare the movement patterns of organisms in the presence

and absence of corridors. Experimental studies thus provide the strongest evi-

dence for the relevance of corridors to plant and animal movement (e.g., Tewks-

bury et al. 2002). In their recent work on a rainforest bird species, the Chucao

Tapaculo (Scelorchilus rubecula), researchers radio-tagged, translocated, and re-

leased 41 birds and followed their movement behavior in three di¤erent land-

scape settings: forest patches surrounded by pasture, patches surrounded by

shrub cover, or patches connected to other patches with wooded corridors (Castel-

lón and Sieving 2006; see fig. 6.1). Birds that were released in patches surrounded

by pasture (open matrix) stayed in the patches longer, prior to their dispersal,

than those released in patches either surrounded by shrub cover or linked by cor-

ridors to other forest patches. The researchers concluded that this behavior indi-

cated that the birds were more resistant to crossing the open pasture habitat than

the shrub or corridor habitats. This direct comparison of behavioral choices is

particularly valuable for understanding the contribution of corridors to species’

movement patterns.

Amphibian species may have special needs when it comes to corridors as

movement pathways, due to the fact that many cannot stray far from water. Maz-

zerolle (2005) studied the movements of green frogs (Rana clamitans melanota)

in a mined peat-bog landscape in eastern New Brunswick, Canada. These pond-

breeding frogs used drainage ditches to move between ponds that were otherwise

isolated by the peat-mining activities. The frogs did not use the ditches as breed-

ing habitat, but their survival was high there, and they preferred ditches to the
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more exposed peat-mined surfaces. Other amphibian species appear to have

more di¤use movements across landscapes. Neither the abundance of newts in

agricultural landscapes in France (Joly et al. 2001) nor the movements of red-

legged frogs in California (Bulger, Scott, and Seymour 2003) were influenced by

hedgerows or riparian corridors, respectively. Instead, researchers suggest that

protection of these amphibians will require the maintenance of suitable habitat

in the matrix surrounding breeding ponds (Joly et al. 2001; Bulger, Scott, and

Seymour 2003; see also chapter 5).

Population Persistence in Connected Fragments

If corridors are to be useful in conservation, then ultimately they must not only

facilitate the movement of individuals among isolated habitat patches, but that

movement must translate into higher population densities or higher probabili-

ties of persistence in fragments connected by corridors. Although theory predicts

that corridors enhance the recolonization of habitat patches, and they are often

assumed to do so (Sutcli¤e and Thomas 1996), there is limited direct evidence to

support it. Henderson, Merriam, and Wegner (1985) found that two deciduous

forest patches connected by fencerows were recolonized by chipmunks following
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Figure 6.1. The likelihood of dispersal of a temperate rainforest bird, Chucao Tapaculo

(Scelorchilus rubecula), in relation to the time since release, for forest patches surrounded

by open pasture (open matrix), for forest patches connected to other patches via a wooded

corridor (corridor), and for forest patches surrounded by dense shrubs (shrub matrix).

Redrawn from data presented in Castellón and Sieving (2006).



the experimental removal of resident individuals. There were no comparisons of

recolonization in forest patches without corridors, however, so it was not possi-

ble to assess the relative e¤ect of corridors on recolonization from their research.

In my dissertation experiments with grassland insects, I found that corridors

promoted the recolonization of grassland patches by less vagile species (Collinge

2000). A recent review of studies linking individual movements to population dy-

namics (Bowne and Bowers 2004) confirmed that our knowledge is still limited.

Few authors reported the population e¤ects of movement, yet when they did, the

positive e¤ects of movement on population persistence were mentioned in twice

as many studies as were negative e¤ects.

In the absence of direct evidence of population persistence in relation to

movement via corridors, we can use observations of species richness in con-

nected versus unconnected habitat patches to infer that corridors promote per-

sistence. For example, Pardini et al. (2005) observed a higher diversity of small

mammals in patches of Atlantic coastal rainforest in Brazil that were connected

via corridors to larger forest remnants versus those found in patches that were

isolated.

The Dark Side

In contrast to the evidence cited above, some ecologists have suggested that cor-

ridors may have neutral or even negative e¤ects on individual movement and

species persistence (Simberlo¤ and Cox 1987; Simberlo¤ et al. 1992; Linden-

mayer, Cunningham, and Donnelly 1993; Schultz 1998). First, not all species

may perceive and use linear strips of vegetation as movement pathways. For ex-

ample, Schultz (1998) examined the dispersal movements of Fender’s blue but-

terflies (Icaricia icarioides fenderi) in central Oregon and discovered that although

the butterflies were mainly found in patches of their preferred host plant, lupine

(Lupinus spp.), they did occasionally venture into areas that did not contain

lupine. Based on detailed movement observations, Schultz surmised that these

butterflies would likely benefit more from a series of stepping stones of habitat

patches than from a linear corridor, which they were not likely to travel through.

Second, depending on an organism’s behavior, the narrow linear shape of corri-

dors may make it diªcult for animals to perceive them (Tilman, Lehman, and

Kareiva 1997). In other words, the likelihood of finding corridors may be mini-

mal for some species. A third, related issue is that because corridors are narrow,

linear habitat strips, they have high perimeter-to-area ratios and may be suscep-

tible to the negative e¤ects of edges (Andreassen, Halle, and Ims 1996; Lidicker
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and Koenig 1996; see also chapter 5). A recent study demonstrated higher nest

predation on indigo buntings in connected fragments with higher edge-to-

interior ratios than on those in unconnected fragments (Weldon 2006). Fourth,

corridors may have additional negative e¤ects beyond those caused by edges,

such as facilitating the propagation of disturbance or disease (Simberlo¤ and Cox

1987; Simberlo¤ et al. 1992; Hess 1994, 1996a, b). Hess’s research used the re-

sults from simulation models to argue that under certain conditions, the con-

nections between populations a¤orded by habitat corridors would enhance the

spread of pathogens and increase the likelihood of population extinction (see also

chapter 8). McCallum and Dobson (2002) expanded upon Hess’s work by exam-

ining pathogen spread for diseases in which hosts develop resistance, as well as

for ones such as Lyme disease or plague that have multiple reservoir hosts. They

countered that in these scenarios, the benefits of corridors for population persis-

tence exceed the potential costs of pathogen spread.

For many years, the lack of ecological field data on the contribution of corri-

dors to population persistence generated much controversy concerning their im-

plementation as a primary emphasis of conservation plans (Simberlo¤ and Cox

1987; Hobbs 1992; Mann and Plummer 1995). We now have more data but, 

perhaps not surprisingly, no clear, one-size-fits-all solution has emerged. Given

the uncertainties regarding corridor e¤ectiveness, some have argued that either

maintaining or enhancing large blocks of habitat or managing the matrix be-

tween habitats will contribute much more meaningfully to species persistence

than preserving narrow corridors can (Fahrig 2001; Ricketts 2001). We still need

to know more about the conditions under which corridors are likely to facilitate

movement and diminish the negative e¤ects of fragmentation (Collinge 2000), as

well as about how behavioral decisions made by animals are integrated with land-

scape patterns (Chetkiewicz, St. Clair, and Boyce 2006).

broader views of connectivity

Corridors are conspicuous features of landscapes, and they undoubtedly a¤ect

habitat use and movement pathways for some species some of the time. But in

other cases, such as the red-legged frogs mentioned above, animals appear to

move across landscapes in mysterious and unexplained ways (i.e., what Pe’er,

Saltz, and Frank 2005 call virtual corridors; see also fig. 6.2). Ultimately, our goal

is to identify landscape features that impede or promote movement, so that we

can understand how changes in landscape structure are likely to influence eco-

logical dynamics. To reach this goal, researchers have used simulation models,
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direct studies of animal movement, and genetic analyses to go beyond corridors

in order to describe or infer movement in complex landscapes.

Models of Movement

Models are especially useful in situations where we want to know what the ex-

pected outcome of a particular set of actions might be. Chapter 9 discusses more

types of models in greater detail, but it is germane here to review a few modeling

exercises that explicitly incorporate animal movement in diverse landscapes. For

example, if a major landscape change is proposed, it would be nice to know 

beforehand whether the pattern and overall amount of the change is likely to 

have significant consequences for the biota. Boone and Hunter (1996) conducted

such an analysis to determine whether proposed timber harvests were likely to

a¤ect grizzly bear (Ursus arctos horribilis) movement among large wilderness ar-

eas in the Rocky Mountains of Idaho, Montana, and Yellowstone National Park in

Wyoming. The researchers used data gathered from experts on the habitat pref-

erences of grizzly bears to develop an individually-based model of grizzly bear

Figure 6.2. Movement pathways of African mammals as seen from the air. On the left

side of the photo is an unpaved road for vehicles. Animal pathways show up as a white

network around the dark gray patches of vegetation. Photo near Great Ruaha National

Park, central Tanzania, by Peter Coppolillo, Wildlife Conservation Society.



movement, combined with spatially-explicit (geographic information system or

GIS) data layers on vegetation and land ownership. They assigned di¤erent per-

meabilities to each cell in the raster-based GIS, determined by land ownership

and management as well as by vegetation type. For example, expert knowledge of

grizzlies suggested that the bears would move relatively easily through desig-

nated wilderness areas, but that they were typically shot when they were en-

countered on private land. So Boone and Hunter set permeabilities of 99 (easy to

move through) for wilderness areas and � 50 (harder to move through) for pri-

vate lands.

Based on these permeabilities, they simulated the movement of grizzlies

through the landscape and then modified the model to examine how proposed

harvests might influence movement patterns. Their simulations revealed some

surprising results. First, they suggested that the proposed harvests would not

a¤ect movement from two wilderness areas into Yellowstone National Park, be-

cause grizzly movement along this route had already been severed by previous

land conversion. However, they indicated that timber harvests would likely be

detrimental to movement between two other wilderness areas in eastern Idaho.

The authors concluded that road construction, both prior to 1990 and that pro-

posed to facilitate the timber harvests, would negatively a¤ect grizzly movement,

since bears have been observed to avoid roads for a distance of up to 1 km.

Although mathematical models always require us to make assumptions that

are our best guess at reality, they have been especially useful for exploring the

possible e¤ects of habitat loss and fragmentation before the damage is done. As

Boone and Hunter (1996) noted, “there are many questions in landscape ecology

that concern the movement of animals through space, and individually-based

di¤usion models allow identification of key variables. Once key variables are

identified, other researchers, such as those using radio-telemetry, can focus on

measuring these variables. With cooperation and feedback, modelers and field

researchers can work toward a complete understanding of how land use a¤ects

wildlife” (p. 62).

Schumaker (1996) similarly focused on models of animal movement in real-

istic landscapes. His motivation was to test whether nine commonly used indices

of landscape pattern were strongly correlated with the dispersal success of or-

ganisms. In other words, Schumaker wondered whether several structural met-

rics that are widely used in GIS analyses of landscapes—including the number

of patches, patch area, core area, patch perimeter, nearest-neighbor distance, con-

tagion, perimeter-area ratio, shape index, and fractal dimension—were useful in

describing the functional aspects of landscapes, in this case, connectivity. Schu-
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maker modeled movements of a territorial organism undergoing dispersal, based

on the characteristics of the northern spotted owl (Strix occidentalis caurina), and

asked which index or indices correlated most strongly with dispersal success. As

in the grizzly study described above, Schumaker modeled the movements of in-

dividuals across a raster-based GIS landscape that reflected real patterns of old-

growth forest vegetation for the Pacific Northwest. The noteworthy result from

his analyses was that descriptions of landscape structure were only weakly corre-

lated with functional characteristics of movement success. So he developed a new

index called patch cohesion, which correlated very well with dispersal success.

This new index combined an area-weighted perimeter-to-area ratio and a shape

index, and it was relatively insensitive to small changes in patch perimeters. The

main point from this exercise is that our human-biased measurements of land-

scape structure may not always accurately describe the view of the landscape

from an animal’s or plant’s perspective. As Schumaker asserted, “to be as mean-

ingful as possible, definitions of habitat connectivity should be predicated on an-

imal movement because animal natural histories are fundamentally linked to

landscape pattern through movement” (p. 1222).

These issues of functional connectivity continue to be explored and refined

through innovative modeling e¤orts. Theobald (2006) combined estimates of

landscape permeability with graph theory to construct landscape networks that

describe likely movement pathways and critical habitat patches for Canada lynx

(Lynx canadensis) recently introduced to southwestern Colorado. This involved

constructing a map of habitat quality for lynx that incorporated vegetation or land

cover type, proximity to a patch edge, and the distance to disturbances such as

roads. Theobald then used GIS to cluster cells of similar quality to create habitat

patches. He estimated permeability values for each habitat type (as in the grizzly

bear example above), with the highest permeability for forested areas and the

lowest for human-dominated land cover types. These permeability values were

combined to compute a least cost surface that minimized the overall cost of mov-

ing across the landscape. A landscape network could then be analyzed to identify

patches and movement pathways that were critical to maintaining landscape con-

nectivity for lynx. This approach is especially useful for conservation planning

e¤orts (see chapter 11), because it allows determining how various landscape-

change scenarios are likely to impact the species that inhabit those landscapes.

Although all of these models of landscape connectivity are abstractions of reality

and may not incorporate all aspects of the landscapes and of species behavior,

they are exceedingly useful in identifying likely movement pathways, and they

provide insights into the probable consequences of landscape modification.
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Observations of Movement

Studies of movement can tell us a lot about the choices that animals make as they

move through landscapes. The three studies discussed below center on quite

di¤erent organisms (butterflies, lynx, and turtles), but all involve observations of

movement behavior in landscapes that are well characterized, so that movements

and landscape structure can be e¤ectively linked.

Butterflies are particularly suitable for movement studies, because they can be

easily observed and marked, their recapture rates are relatively high, and the scale

of their movements is usually easy for human researchers to follow. They have

the added benefit of actively flying only on warm, sunny days, meaning that re-

searchers can stay home on cold, rainy ones! Ricketts (2001) inferred movement

patterns of 21 di¤erent butterfly species in a naturally fragmented alpine habitat

in Colorado. Butterflies inhabited meadows (patches) that were surrounded by ei-

ther willow or conifer habitat (the matrix), so Ricketts examined whether rates

and patterns of movement between meadows di¤ered, depending on the inter-

vening habitat. He concluded that the matrix matters; depending on the species,

butterflies were 3–12 times more likely to move between meadows embedded in

willow habitat than in conifer habitat. The conifer matrix was more resistant to

movement than the willow matrix, and it follows that meadows embedded in

conifer habitat were more e¤ectively isolated than those in willow habitat. Even

though the flight pathways of butterflies were not directly observed, the number

of individuals marked (6273 over two field seasons) and the recapture rates of the

butterflies (25%) were relatively high, which suggests that these findings are ro-

bust.

Additionally, when examining their resistance to movement through the ma-

trix, there were di¤erences among butterfly taxa that made sense when related to

butterfly mobility. The most sedentary group stayed primarily within the mead-

ows and moved relatively infrequently among patches; butterflies in this group

were not a¤ected significantly by the type of matrix habitat. Similarly, matrix type

had no significant e¤ect on the least sedentary group, which moved frequently

among patches. The four groups with intermediate vagility, however, moved just

enough among patches to be a¤ected significantly by matrix type. This detailed

study of local movement in alpine butterflies shows that matrix type can thwart

or enhance movement, and that knowing this helps us to understand the impact

of landscape changes on species abundance and distribution patterns.

Even though they are vastly di¤erent animals, lynx respond to landscape het-

erogeneity in ways that are remarkably similar to butterflies. Long-term studies



of the critically endangered Iberian lynx (Lynx pardinus), which occurs in south-

ern Spain, provide an excellent example of detailed movement observations in re-

lation to habitat types and human activities (Palomares et al. 1991, 2000; Ferreras

et al. 1992; Ferreras 2001). For 15 years, a total of 65 lynx were fitted with radio

collars and radio-tracked as they moved within and among populations (Ferreras

2001). The longer time scale and broader spatial scale of this study, compared to

the research on alpine butterflies, means that the tracked movements constituted

dispersal and migration in many cases, rather than just local movement patterns.

In this study, connectivity was defined functionally as “the proportion of dis-

persers from a source that reached a given subpopulation” (p. 125) and was ex-

amined in relation to landscape features. Based on data obtained from the radio-

collared animals, Ferreras estimated how much time lynx spent in each habitat

type. He further reasoned that if a lynx spent little time in a particular habitat, say,

croplands, then they perceived croplands as low quality habitat and incurred a

high cost when traversing that habitat. He calculated this resistance to movement

(or friction) of all six di¤erent habitat types found in the region, and found that

marshes had the highest resistance to movement and scrubland had the lowest

(i.e., scrublands were the preferred habitat and lynx moved most easily through

them).

These measures of friction based on habitat selection were then incorporated

into a GIS, where each cell in the GIS was assigned a measure of friction (recall

the grizzly bears and the Canada lynx). Ferreras could then compare the move-

ment of lynx among populations using both the simple straight-line distance and

the e¤ective distance, which accounts for the viscosity of the habitat to the mov-

ing lynx. The result was that e¤ective distance (distance plus habitat quality in 

the intervening matrix) was more closely related to dispersal success than was

straight-line distance. These studies have direct relevance to the conservation of

this endangered species. These small lynx populations occur within and around

Doñana National Park, which is surrounded by croplands, forestry plantations,

marshes, and native scrubland. Lynx population persistence will likely depend on

demographic exchange between scattered subpopulations, and the amount of ex-

change is directly related to the ability of the lynx to move through the landscape.

Because we now know that certain habitat types are more resistant to movement

than others, the landscape could be modified, through management and habitat

restoration, to promote movement among populations and reduce the likelihood

of extinction.

A third example of actual connectivity (sensu Calabrese and Fagan 2004)

comes from a study of painted turtles (Chrysemys picta) in northern Virginia
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(Bowne, Bowers, and Hines 2006). Bowne and colleagues used both mark-release-

recapture and radio-telemetry to track the movement of turtles among nine

ponds situated in a landscape of agricultural fields, woodlots, pastures, meadows,

and development. Moreover, they categorized turtles into five age-sex classes to

examine whether there were di¤erences in movement at di¤erent life stages.

Turtle movement appeared to be most strongly a¤ected by habitat quality, in this

case, the duration of the pond’s inundation. Because some ponds dried out dur-

ing the study, the researchers had the opportunity to observe vast di¤erences in

habitat quality and its e¤ects on movement. Turtles moved to ponds that held wa-

ter during the drought, regardless of their distance or the characteristics of the

intervening matrix. For example, one pond (Rattlesnake Spring) was relatively

unconnected during wet years, but had high actual connectivity during the dry

period, when it was only one of three ponds available.

The temporal and spatial scales of movement by the turtles observed in this

study were intermediate to those of the butterflies and lynx discussed above. Tur-

tles moved beyond their home ranges but did not disperse over long distances.

They often skipped low-quality ponds that were in close proximity in favor of

high-quality ponds that were farther away. Yet their movements did not appear to

be a¤ected by landscape features, except for roads. A four-lane highway appeared

to serve as a barrier to turtle movement, and at least one tracked turtle was killed

by a car on this road. From their study, Bowne, Bowers, and Hines conclude that

“purely structural connectivity values have little value if they are calculated with-

out regard to the ecology of the organism” (p. 789). These authors argue strongly

that the behaviors of organisms in relation to landscape features constitute the

best estimates of connectivity, and that any conservation plans for imperiled

species should incorporate such connectivity measurements.

Landscape Genetics

A particularly powerful method for understanding the consequences of frag-

mentation on movement is to examine population genetic structure in relation to

landscape structure. This allows both an integrated look at individual movement

patterns and the inference of gene flow over longer time periods than is possible

with the direct measurements of animal movement discussed above. In animals,

gene flow occurs via dispersal and subsequent breeding. In plants, gene flow can

occur through pollen movement, seed dispersal, or the translocation of ramets or

whole plants by physical vectors (wind or water) or by animals. Pollinators can

move pollen from place to place, and their behavior may change in relation to
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habitat loss and fragmentation (Lennartsson 2002; Aguilar et al. 2006), a¤ecting

gene flow significantly. Thus this chapter concludes by highlighting recent ad-

vances in the study of landscape genetics. This research explores how we can

e¤ectively link genetic, demographic, and behavioral studies of movement in or-

der to understand landscape connectivity over both short and long time scales.

For many years, population geneticists have sought to understand how the

spatial location of individuals a¤ects the probability of them interbreeding (isola-

tion by distance). Typically, genetic analyses test for isolation by distance by cor-

relating measures such as Fst (an estimate of genetic di¤erence among popula-

tions) with the distance among populations. Often these analyses have revealed

the expected result that populations in close proximity were more genetically

similar than populations that were distant from one another. But as has now been

shown, the straight-line distance between two points in the landscape may be an

incomplete measure of the actual gap that is perceived by organisms that move

through the landscape. For this reason, Manel et al. (2003) summarized the land-

scape genetics approach, which “promises to facilitate our understanding of how

geographical and environmental features structure genetic variation at both the

population and individual levels . . . [with] implications for ecology, evolution and

conservation biology” (p. 189). Several relevant examples highlight how analyses

of genetic structure can provide insights into animal and plant movement in

complex landscapes.

To return to the question of whether corridors facilitate movement in frag-

mented landscapes, Mech and Hallett (2001) provided one of the first analyses of

genetic structure in relation to the presence of corridors. They sampled two small

mammal species, red-backed voles (Clethrionomys gapperi) and deer mice (Per-

omyscus maniculatus), in the Pacific Northwest in continuous forest, forest patches

connected by corridors, and isolated forest patches, in order to see whether land-

scape structure contributed to population genetic similarity and inferred gene

flow. For the forest-specialist red-backed vole, but not for the generalist deer

mouse, genetic analyses revealed greater similarities in corridor landscapes than

in isolated landscapes, suggesting that corridors do enhance movement and gene

flow for this species (fig. 6.3).

Corridors also appear to enhance gene flow for certain plant species, as in the

following case where it is mediated by seed dispersal rather than by pollination.

Kirchner et al. (2003) studied the population genetic structure in an endangered

species, Ranunculus nodiflorus, that lives in discrete, temporary ponds in the

Fontainebleau forest in northern France. For these wetland plants, corridors were

identified as “narrow paths of land, a few tens of centimeters wide without vege-
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tation . . . for seed dispersal between ponds” (p. 404). Plant populations in ponds

that had these corridors were less di¤erentiated from one another than those in

ponds that were more isolated. Furthermore, ponds were more likely to be colo-

nized if they were connected by corridors to other ponds with established R.

nodiflorus populations. Studies of plants in fragmented landscapes are relatively

rare compared to animal studies, so this is an important example of how corri-

dors may be an important feature of connectivity and influence on population dy-

namics in this rare species.

Two additional examples show that corridors may influence gene flow among

populations. Banks et al. (2005) measured the genetic structure of populations of

the marsupial carnivore Antechinus agilis in fragmented Eucalyptus forest in

southeastern Australia. Individuals in patches that were connected by riparian

corridors of native Eucalyptus forest were more similar genetically than individu-

als that occupied forests separated by a matrix of exotic pine plantations. This

suggests that movement of A. agilis was less likely to occur across pine planta-

tions than along riparian corridors. In other words, pine plantations had lower

permeability than did riparian corridors. Similarly, Dixon et al. (2006) used ge-
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Figure 6.3. Genetic distances among red-backed voles (Clethrionomys gapperi) sampled at

forest sites in three landscape configurations in northeastern Washington State: isolated

forest patches, patches connected by corridors, and contiguous forest. Average (±1 SE)

genetic distance was calculated as Nei’s genetic distance for three pairs of sites in each

landscape category. The ranking of site types by genetic distance was statistically

significant (P � 0.05). Drawn from data presented in Mech and Hallett (2001).



netic analyses to evaluate whether a regional corridor that is under consideration

for protection is currently an e¤ective link between populations of Florida black

bear (Ursus americanus floridanus) that occur in two national forests (the Osceola

and the Ocala). This is a large corridor (30 km wide and 90 km long), comprised

of mostly native vegetation. Results indicate that this regional corridor does pro-

vide connectivity between these two populations, which can then be used as the

basis for formal, long-term conservation of these lands.

Movement and gene flow obviously a¤ect population persistence, but they

also have the potential to a¤ect long-term evolutionary change among popula-

tions. In a unique study of landscape e¤ects on song di¤erentiation in a Euro-

pean bird, Dupont’s lark (Chersophilus duponti ), Laiolo and Tella (2006) recorded

bird songs and linked their acoustic variation to landscape structure. Variation in

bird calls recorded throughout Spain were examined in relation to landscape con-

nectivity, as measured by both geographic distance and landscape unsuitability

(i.e., akin to the permeability and friction measures mentioned in the studies dis-

cussed above). Landscape connectivity was a better predictor of call variation than

the simple straight-line distance between individuals, which shows that the evo-

lution of bird song may be influenced by the abundance and distribution of suit-

able habitat patches within the landscape.

This marriage of population genetics and landscape ecology continues to be a

rapidly developing and innovative research theme (McRae et al. 2005; Orrock

2005; Holderegger and Wagner 2006; Jump and Peñuelas 2006; Riley et al. 2006;

Storfer et al. 2007). New analytical techniques that consider molecular genetic

data in the context of landscape networks are converting traditional isolation by

distance measures of genetic di¤erentiation to isolation by resistance measures

(McRae 2006). These approaches facilitate an understanding of how landscape

structure a¤ects gene flow, and they also help to delimit populations in real land-

scapes based on genetic patterns rather than on a priori designations by re-

searchers. In this way landscape genetics merges with studies of connectivity, in

that it essentially allows the organisms to tell the researchers what the spatial ex-

tent of their movements and interactions is.

synthesis

The movement of organisms across complex landscapes reveals how species 

perceive landscape structure. Thus the study of movement is extremely useful in

identifying which landscape features are barriers, which ones promote move-

ment, and which habitat types and land uses e¤ectively isolate populations from
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one another. Early studies of movement focused on corridors as structural ele-

ments, and research has expanded to express connectivity as a functional aspect

of landscapes. Corridors may be part of this connectivity, but other features of the

landscape also influence the perception and ability of species to move through

the landscape. Understanding movement is essential, because it critically influ-

ences metapopulation and metacommunity dynamics, as well as microevolu-

tionary processes.
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Species Interactions

Although the first-order e¤ects of the biodiversity 

crisis—the loss of species—are dire, the second-order

consequences—the loss of species interactions—may be

more ominous.

—Michael E. Soulé, James A. Estes, Joel Berger, and 

Carlos Martinez Del Rio (2003)

Most research in fragmented landscapes has centered on species’ populations or

aggregate measures of community composition. Explanations for observed re-

sponses to habitat loss and fragmentation have frequently considered pervasive

microclimatic e¤ects that occur at edges (chapter 5) or the random, demographic

and environmental variability associated with small populations in small habitat

remnants. But a rich history of ecological research tells us that the responses of

species to fragmentation are mediated not only by interactions with abiotic envi-

ronmental factors, but also by interactions with other species within ecological

communities. Interactions among species are vital to survival, and they also pro-

vide critically important ecosystem services, such as pollination, seed dispersal,

and mycorrhizal associations (Kremen et al. 2007). Yet we still know less about

how species interactions are a¤ected by habitat loss and fragmentation than we

know about overall changes in population size, species richness, or composition.

The influence of spatial heterogeneity on interactions among species (rather than

on individual populations) . . . represents an important future research direction.



Much of the research on how spatial pattern a¤ects organisms focuses on how vari-

ables like patch size, edge-to-area ratio, and interpatch distances influence popula-

tion presence or abundance, largely through e¤ects on key demographic parame-

ters. However, some changes in landscape patterns may have cascading influences

among species . . . and more work is needed on how spatial heterogeneity a¤ects species

interactions. (M. Turner 2005, p. 1972; italics mine)

As has been evident throughout this book, habitat loss and isolation tend to

reduce population sizes and diminish the functional connectivity of landscapes.

To participate in interspecific interactions, individuals from one species must en-

counter individuals of another species. So any change in habitat spatial structure,

and the concomitant shifts in critical dispersal pathways, may ultimately make it

more diªcult for some species interactions to occur, and less diªcult for others.

Pollinators must find pollen, predators must find prey, and birds must find

berries; each of these searches may be more challenging, or sometimes perhaps

easier, in fragmented landscapes. Conversely, organisms trying to escape their

enemies or competitors may find that this is more diªcult in fragmented land-

scapes, since both parties may be confined to an isolated fragment and unable to

escape.

Currently, those who study habitat loss and fragmentation generally focus on

theory that is based on single-species spatial models, such as metapopulation

theory, or models of species richness, such as island biogeography theory. Both

of these conceptual frameworks emphasize immigration and extinction as the

dominant processes that influence ecological dynamics, and obviously both

processes are a¤ected by habitat loss and fragmentation. The emerging field of

metacommunity dynamics shows us that the dynamics of multiple species in

spatially divided habitats can be quite di¤erent, and that the dynamics of an in-

dividual species, when viewed in the context of the metacommunity, may di¤er

from what single-species models predict. For example, single-species metapopu-

lation models predict that habitat fragmentation (subdivision) can only be unfa-

vorable, because large populations become increasingly small and isolated, mak-

ing them increasingly vulnerable to local extinction via stochastic events. These

small, isolated populations are much less likely to be recolonized following ex-

tinction, making their long-term persistence even more precarious.

But if we look at interacting species, the predictions for persistence in frag-

mented habitats may be di¤erent. Species that otherwise might not coexist may

be able to do so in subdivided habitat, so that subdividing that habitat may actu-

ally reduce the risk of extinction for some species. Specifically, when species in-
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teract, especially in an antagonistic way via competition, predation, or parasitism,

one species can drive the other to local extinction. In this case, diversity may ac-

tually be enhanced by habitat fragmentation. Metacommunity theory predicts

that crucial factors in whether or not this actually happens are (1) the extent 

to which species interact, (2) how such interactions are modified by spatial dy-

namics (such as competition-colonization tradeo¤s), and (3) how these pair-

wise interactions are situated within a more complex, multi-species community

(Holyoak, Leibold, and Holt 2005).

Metacommunity theory is not yet developed to the degree where it makes

specific predictions about species loss from fragmented landscapes (Holt, Holy-

oak, and Leibold 2005), but it provides a formal conceptual framework that de-

scribes how the spatial arrangement of patches may influence not only popula-

tions, but interacting species. Two issues are particularly relevant in this context.

First, we know that the species that tend to be most vulnerable to extinction in-

clude large, rare species that have broad home ranges and tend to be specialized

species of high trophic rank. Think of predators like tigers in Asia, jaguars in

Central and South America, or the Florida panther. Gonzalez (2005) pointed out

that because these are the first species likely to be lost from fragmented land-

scapes, this means that food chains and food webs are likely to disintegrate from

the top down, causing cascading e¤ects and, possibly, the extinctions of multiple

species in the ecosystem (Terborgh et al. 2001; Soulé et al. 2003; van Nouhuys

2005).

A second issue highlights the consequences of altered species interactions

more broadly. Because species may play critical functional roles via their interac-

tions in ecological systems (e.g., Paine 1966; Redford 1984; Daily, Ehrlich, and

Haddad 1993), the loss of these interactions will lead to declines in ecological

function. If population abundance decreases below some threshold level, then

not only is the focal species vulnerable to extinction—via random variation in de-

mographic and environmental parameters, a process that Soulé (1987) calls the

extinction vortex—but the probability of species interactions is diminished (fig.

7.1), reducing the functional role of that species in the ecosystem. A domino

e¤ect, similar to the extinction cascades noted above, may then result in addi-

tional species extinctions. For example, in Indonesia, a number of primate and

bird species disperse the seeds of tropical trees (Kinnaird 1998; O’Brien et al.

2003). When these species decline due to overexploitation or habitat loss, their

seed dispersal function is also lost, with major implications for tree recruitment

in these forests.

Redford (1992) succinctly captured these phenomena in his description of the
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empty forest, which remains a key concept for conservation biologists. An empty

forest (or grassland or ocean) is an ecosystem that appears to be intact, but is miss-

ing species and interactions that promote a fully functional ecosystem. So, what

appears to be a forest, isn’t—it is just a collection of trees. The corollary concept

of conservation planning for ecologically functional populations goes beyond the

low limits on population size set by population viability and considers the mini-

mum population size for which a species remains a functional component of the

ecosystem (Sanderson et al. 2002).

Because of the importance of species interactions for ecosystem function,

Soulé et al. (2003) extended the idea of the empty forest, arguing that maintain-

ing species interactions, not just species populations, should be a major goal of

conservation biology. They defined foundation species as “highly interactive spe-

cies that are often extremely abundant or ecologically dominant” (p. 1239), and

included species such as bison, prairie dogs, termites, and the American chest-

nut. Their main message is that species interactions must be maintained in or-

der to maintain functioning ecosystems, but that habitat loss and fragmentation

may a¤ect the abundance of foundation species and compromise their capacity
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Figure 7.1. A conceptual diagram illustrating three possibilities for the relationship

between population abundance or density and the probability of species interactions.

Abundance or density refers to all species that participate in the interaction. In this

diagram, the relationship may be linear, non-linear concave, or non-linear convex.



within the ecosystem. Of particular relevance to this issue are two important

questions. Which species are lost from the ecosystem? And in what order they

are lost (Gonzalez 2005)? For instance, if an avian seed disperser declines to ex-

tinction in a habitat fragment, then the successful dispersal of the plant species

whose seeds it scatters will cease. Had it happened the other way around, with

the plant declining to extinction first, then the seed disperser might be able to

continue to persist if additional suitable food resources were available.

In the context of habitat loss and fragmentation, metacommunity theory sug-

gests that species interactions will be strongly influenced by the spatial arrange-

ment of remnant habitats and the amount of dispersal among patches (Holyoak,

Leibold, and Holt 2005). Studies of predation, pollination, seed dispersal, and

parasitism in fragmented landscapes all show that these interactions are sub-

stantially influenced by habitat spatial arrangement, and this research has re-

vealed mechanisms for individual species’ responses to fragmentation. This

chapter reviews the literature on species interactions in fragmented landscapes

and discusses the importance of understanding these interactions for predicting

future responses to fragmentation. The chapter is organized by the type of inter-

action, and looks at the evidence for e¤ects of habitat loss and fragmentation on

each of these interactions in turn. The interactions of hosts, vectors, parasites,

and pathogens are treated separately in the following chapter, since there is a

growing literature on disease emergence and pathogen prevalence in relation to

anthropogenic landscape change (e.g., Collinge and Ray 2006).

negative–negative interactions

Of all the interspecific interactions that ecologists have identified, there are prob-

ably more studies of competition than of any other interaction, yet in the context

of habitat loss and fragmentation, it is perhaps the least well understood. On the

one hand, habitat alteration may reduce population size and density, so one

might expect competition to be less intense in fragmented landscapes, since

fewer individuals are available to compete. But on the other, habitat loss and frag-

mentation may concentrate resources, individuals, and species into smaller and

smaller areas, thereby increasing population density, so competition could be

more intense. Many studies have examined changes in species richness or com-

position in fragmented landscapes (as noted in previous chapters), which may

imply shifts in competitive interactions among species. Although there seems to

be a dearth of studies that have directly examined the outcomes of competition,
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there are a few good examples that highlight shifts in competitive interactions in

fragmented landscapes.

For instance, Suarez, Bolger, and Case (1998) studied the distribution of na-

tive ants in relation to the presence of the exotic Argentine ant (Hymenoptera:

Formicidae: Linepithema humile) in the sage scrub fragments of San Diego

County featured in previously discussed research (Soulé et al. 1988; Bolger, Scott,

and Rotenberry 2001; Crooks et al. 2001; Crooks, Suarez, and Bolger 2004). Ar-

gentine ants were ubiquitous in small fragments and at the edges of larger frag-

ments, but they did not pervade the interior of large fragments. Thus Argentine

ants had a greater impact on native ants in fragments versus those in continuous

sage scrub habitat. The displacement of native ants by the exotic species (fig.

7.2a) is apparently due to the loss of intraspecific aggression by the Argentine ant

(Holway, Suarez, and Case 1998) and the related ability of these ants to surpass

native ants at both interference and exploitative competition (Holway 1999). In

other words, many native ant species spend a lot of time and energy defending

their territories from invasion by conspecifics, but Argentine ants do not engage

in this behavior, which e¤ectively leaves them more energy to compete against

other species. Another study of interactions among ant species produced similar

results (Braschler and Baur 2005). Ants were studied in an experimentally frag-

mented grassland near Basel, Switzerland. The most abundant ant in these

grasslands was Lasius paralienus, a generalist species that tends aphids and feeds

on aphid honeydew and extrafloral nectar. In grassland fragments, L. paralienus

density was negatively correlated with the species richness of other ant species,

but there was no such relationship in control (unfragmented) plots (fig. 7.2b). So,

similar to the Argentine ant study, this research suggests that fragmentation al-

ters competitive interactions among species and magnifies the dominance of the

most abundant generalist species.

Interspecific competition for resources among plants is widely viewed to be a

dominant force structuring vegetative communities. But relatively little empiri-

cal information is available to examine whether competitive interactions among

plants shift in response to habitat loss and isolation. In the interpretation of their

results of field experiments on grassland fragmentation, Quinn and Robinson

(1987) suggested that interspecific competition among plants may be responsi-

ble for their observation that subdivided habitats contained more species than

did continuous grassland areas. Their reasoning went like this: in subdivided

habitats, any one of several potentially dominant species has the opportunity to

become established and preempt the colonization of other species in that partic-
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Figure 7.2. Competition among ants in fragmented habitats. (a) The number of native 

ant species present in sage scrub habitat fragments in San Diego County, California, 

in relation to Argentine ant abundance. All sites with Argentine ants had significantly

lower native ant species richness than control sites with no Argentine ants. Native ant

species richness increased with the distance from the fragment edge; Argentine ants

were most abundant at fragment edges. Redrawn from Suarez et al. (1998). (b) Partial

regressions of residuals from ANOVAs of Lasius paralienus nest density and the species

richness of ants in fragmented grasslands near Basel, Switzerland. Redrawn from

Braschler and Baur (2005).
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ular fragment, which results in a random and diverse assortment of species

among small patches. But in a large area, a single dominant species tends to sup-

press or even eliminate a number of species that would likely persist otherwise.

Thus habitat subdivision is likely to increase diversity when interspecific inter-

actions are strong, because less competitively dominant species are able to escape

in space and time.

In essence, this hypothesized mechanism is the competition-colonization trade-

o¤: good competitors are predicted to be lousy colonizers, and good colonizers do

not compete very well (Levins and Culver 1971; Tilman 1994). Tilman et al. (1994)

constructed a generalized model to examine the relationship between competi-

tion, colonization, and the probability of extinction for species within communi-

ties. They used the assumption of a competition-colonization tradeo¤ to argue

that habitat destruction is likely to result in an extinction debt. Because good com-

petitors are likely to be poor colonizers, then habitat loss will result in determin-

istic extinctions of dominant competitors, since they are unable to disperse to

other, intact sites. As the competitive dominant is removed, competitive interac-

tions shift toward dominance of the next-best competitor. As habitat loss pro-

ceeds over time, each species will go extinct one after the other, starting with the

next-best competitor and continuing to the poorest competitor. When little habi-

tat remains, the poorest competitor will exist by itself, but it will be unable to dis-

perse to existing patches, since they are now so far apart, and will eventually go

extinct, too. Thus this modeling exercise suggests that the competitive environ-

ment of a particular species may change as a result of habitat loss and fragmen-

tation.

Changes in the strength of competitive interactions may also a¤ect vertebrate

abundance and distribution. Nour, Matthysen, and Dhondt (1997) tested the pre-

diction from ecological theory that the niche dimensions for a species would ex-

pand or contract in relation to the presence of other, similar species. They rea-

soned that in small, isolated habitat fragments, some species would be absent,

and thus other species would be expected to expand their niche. They examined

this possibility by studying seven species of songbirds in the pariform guild (tits

and chickadees) in mature oak forest in northern Belgium. They selected 18 for-

est sites, with 17 fragments ranging in size from 1 to 30 ha and a large forest site

of approximately 200 ha. Careful observations of the foraging behavior of each

species revealed that, in contrast to theoretical predictions, there were no di¤er-

ences in foraging height, niche width, and niche overlap in relation to fragment

area. They concluded that changes in forest size and isolation did not seem to

a¤ect competition among similar species.
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Habitat spatial characteristics may interact with other factors, however, to al-

ter competitive interactions among species. For example, in Australia, the noisy

miner (Manorina melanocephala) is a colonially nesting bird that aggressively de-

fends its territories and appears to exclude other, less common birds from forest

fragments (MacNally, Bennett, and Horrocks 2000; Ford et al. 2001). Small (20 to

30 ha) Eucalyptus woodlands in Tasmania were dominated by the noisy miner,

and few other native songbirds were present (MacDonald and Kirkpatrick 2003).

In larger woodlands, the bird community was dominated by small insectivorous

birds, and noisy miners were relatively uncommon. It appears that the e¤ects of

fragmentation in this case follow a two-step process: a reduction in habitat area

facilitates the occupation of small fragments by noisy miners, which then ag-

gressively inhibit other species from gathering resources and maintaining viable

populations.

positive–negative interactions

Predator-Prey

Previous chapters described Hu¤aker’s (1958) classic experiments on predator-

prey interactions. The noteworthy result from them was that spatial heterogene-

ity tended to stabilize predator-prey interactions. In other words, in patchy ex-

perimental arrays, predators and prey both persisted. Several field experiments

have directly examined how habitat patchiness influences interactions between

species where one species benefits and the other loses, such as those between

predators and prey, or between parasitoids and hosts. For example, Kareiva (1987)

directly field tested Hu¤aker’s idea that habitat patchiness promotes the persis-

tence of predators and prey by conducting an experiment with goldenrod (Soli-

dago canadensis), herbivorous aphids (Uroleucon nigrotuberculatum), and predatory

ladybird beetles (Cocinella septempunctata) in three di¤erent fields of goldenrod

in Rhode Island. Kareiva created three replicates of patchy and continuous areas

of goldenrod by establishing 1m � 20m plots of goldenrod, then mowing every

other 1 m2 patch of goldenrod in the patchy treatment and leaving the continu-

ous treatment unmowed. During the summer months, aphids and beetles were

censused in both patchy and continuous areas in all three fields for three con-

secutive years. Aphids were consistently more abundant in patchy versus con-

tinuous goldenrod, and they reached outbreak levels much more frequently in

patchy goldenrod.

This result was counter to Hu¤aker’s laboratory experiments, because aphids

appeared to escape predation by beetles in patchy habitats, leading to a lack of co-
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existence of predators and prey in the fragmented treatment. In other words,

predator and prey dynamics were less stable, not more stable, in patchy versus

continuous habitats. Kareiva reasoned from both field and modeling evidence

that the mechanism responsible for these contrary results was that patchiness

disrupted the searching ability of ladybird beetle predators, making it more

diªcult for them to locate and aggregate near aphid prey. The end result was that

fragmentation of goldenrod habitat promoted aphid population explosions, or

outbreaks. This experiment was groundbreaking in that it allowed direct tests of

the e¤ects of patchiness on predator-prey dynamics, and also revealed a key be-

havioral mechanism responsible for the result.

One of the most commonly studied predator-prey interactions in fragmented

landscapes is the predation of bird nests, especially along forest-field edges (e.g.,

Driscoll and Donovan 2004). Typically, nest predation is higher at edges than 

in forest interiors (see chapter 6), and this is usually attributed to increases in 

the population sizes of generalist predators in fragmented landscapes. Further,

because large predators may be absent from fragmented landscapes, these

medium-sized predators, or mesopredators, may escape their own predators.

When mesopredators evade their own predators, prey may su¤er dispropor-

tionately. Mesopredator release poses an acute problem for native songbirds in

the heavily modified urban landscapes of Southern California. Crooks and Soulé

(1999) studied predator-prey interactions in 28 native sage scrub habitat rem-

nants in San Diego County. In this system, coyotes (the top predators) were sen-

sitive to habitat loss and isolation, so they occurred primarily in large remnants

of sage scrub habitat, but not in small fragments. Coyotes prey on intermediate-

sized carnivores such as striped skunks, raccoons, and grey foxes, as well as ex-

otic predators such as opossums and even domestic cats. And these mesopreda-

tors feed primarily on native songbird eggs and nestlings, as well as on lizards

and small mammals. As a result, scrub bird diversity was significantly lower in

small fragments relative to large fragments, primarily because of mesopredator

release due to the absence of coyotes in the small fragments. In this landscape,

fragmentation a¤ected multiple trophic levels, resulting in a trophic cascade. This

study underscored the rather astonishing impact of domestic cats on biodiversity

in urbanized landscapes. By surveying homeowners that lived next to sage scrub

habitat remnants, Crooks and Soulé estimated that, on average, the “cats sur-

rounding a moderately sized fragment (100 residences) return about 840 ro-

dents, 525 birds and 595 lizards to residences per year” (p. 565). A similar case of

mesopredator release was observed in a set of newly created islands in Venezuela

( Terborgh et al. 2001). Small (0.25 to 0.9 ha) islands were too small to support
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predators, so the densities of herbivores (including rodents, howler monkeys,

iguanas, and leaf-cutter ants) were 2–3 orders of magnitude greater than on the

nearby mainland. In this case, the trophic cascade on small islands resulted in

high herbivore pressure and subsequent sharp declines in the densities of

seedlings and saplings of canopy trees.

Argentine ants in California appear to displace native ants through competi-

tive interactions, as noted above (Suarez, Bolger, and Case 1998; Holway 1999),

but they may also depress the abundance of other native species that they use as

prey. For example, Huxel (2000) investigated relationships between the presence

of Argentine ants and the threatened valley elderberry longhorn beetle (Coleop-

tera: Cerambycidae: Desmocerus californicus dimorphus), or VELB, along two dif-

ferent riparian zones in central California. Argentine ants are known to prey on

eggs of another cerambycid species, but interactions with particular life stages of

VELB are not known. The presence of Argentine ants was negatively correlated

with VELB presence along one of the drainages (Putah Creek), but not along the

other (the American River). Riparian vegetation along both of these drainages

has been heavily modified and fragmented, which suggests that patchiness has

not contributed significantly to the dynamics of predator-prey interactions in this

instance.

As with other topics covered in this book, most research has focused on ter-

restrial systems, but there are some noteworthy studies of predator-prey interac-

tions in patchy marine environments. Irlandi, Ambrose, and Orlando (1995) took

advantage of naturally occurring variation in the patchiness of seagrass beds in

coastal North Carolina to study predation on bay scallops in relation to varying

habitat configurations. Plots of approximately equal areas of seagrass were es-

tablished within the context of three di¤erent spatial patterns of seagrass bed 

vegetation (very patchy, patchy, and continuous). Equal numbers of juvenile bay

scallops were introduced to each plot and tethered so that their fates could be fol-

lowed throughout the experiment. After four weeks, a significantly higher pro-

portion of scallops in the very patchy treatment were lost to predation, compared

to the patchy and continuous treatments. This increase in predation associated

with increased habitat patchiness may have been due to the larger amount of

edge in patchy seagrass beds, as has been observed in terrestrial habitat frag-

ments.

Within the same region, Micheli and Peterson (1999) conducted field-enclosure

experiments and found that proximity to certain habitat types influenced the

rates of predation by blue crabs. On reefs that were connected to other reefs by a

substrate of seagrass beds, the rates of predation on clams by blue crabs were
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similar from one reef to another (left side of fig. 7.3). But where the marine sub-

strate was unvegetated, predation rates were significantly lower on isolated reefs

than on reefs adjacent to the salt marsh (right side of fig. 7.3). The seagrass sub-

strate apparently increased the functional connectivity of this marine landscape

by promoting the movement of blue crabs to otherwise isolated oyster reefs and

by increasing the intensity of blue crab predation. Seagrass beds have been used

extensively in studies of the e¤ects of habitat fragmentation in marine systems,

and a recent review highlights the relevance of these systems for understanding

mechanisms of species’ responses to habitat patchiness, including shifts in in-

terspecific interactions (Böstrom, Jackson, and Simenstad 2006).

Ryall and Fahrig (2006) conducted a broad review of theory and empirical re-

search related to habitat loss and fragmentation and predator-prey interactions.

They suggested that despite much research in this area, there were still no clear

generalizations that could be made regarding the e¤ects of habitat loss and frag-

mentation on predator-prey interactions. They provided a very helpful summary
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Figure 7.3. Blue crab predation (the number of clams crushed and missing) on clams

occupying intertidal oyster reefs in estuarine habitats of coastal North Carolina. Oyster

reefs occurred either adjacent to salt marshes or were isolated by 8–18m from the

marshes. The substrate was either seagrass or unvegetated. NS denotes non-significant,

* represents P � 0.05. Redrawn from Micheli and Peterson (1999).



of predator-prey theory that they hoped would guide future e¤orts of empirical

researchers in illuminating these e¤ects. Because empirical studies vary sub-

stantially both in their approaches and in the extent to which they directly test

theoretical predictions, Ryall and Fahrig highlighted the importance of recording

(1) the feeding habit of the predator in question (i.e., whether specialist or gen-

eralist), and (2) whether the matrix supports or does not support predator popu-

lations. With greater details on the feeding and habitat requirements of preda-

tors, we will hopefully be able to generate more robust conclusions regarding

how habitat loss and fragmentation are likely to a¤ect predator-prey interactions.

Herbivory and Seed Predation

Herbivory has been comprehensively studied, and it resembles parasitism in that

most herbivores remove plant tissue but do not actually kill the plant. Seed pre-

dation is another form of herbivory, but it is more like predation than parasitism,

in that the herbivore consumes and kills the seed. One other complexity is that

there is often a fine line between seed predation and seed dispersal. For example,

animals that cache seeds, including jays, nutcrackers, and kangaroo rats, retrieve

and eat some cached seeds but do not retrieve others, e¤ectively dispersing them

(see the section on seed dispersal, below). For ease of discussion, these two pro-

cesses, herbivory and seed predation, are lumped together here.

This continuum of interactions among animals and plants involving seeds

was decisively demonstrated in a study based at Barro Colorado Island (BCI) in

Panama (Asquith, Wright, and Clauss 1997). Researchers studied the seedling

herbivory and seed predation of three large-seeded tropical tree species in four

di¤erent site types: (1) mainland forest, which contained a relatively intact as-

semblage of mammalian predators and herbivores, (2) BCI, a large forested is-

land in Lake Gatun, which supports the mainland assemblage minus two preda-

tory cat species, (3) medium-sized forested islands in Lake Gatun that support

small herbivorous mammals, and (4) small forested islands that support a highly

reduced mammalian fauna (rats only). Seed predation was highest on the small

islands, but on larger and larger islands, there was an increasing proportion of

seeds that were dispersed instead of eaten. On small islands, seedling herbivory

was also highest, compared to other forest types. As with the trophic cascades

mediated by predator removal that were mentioned above, the depauperate

mammalian fauna on small islands a¤ected both seed viability and seedling suc-

cess significantly. Shifts in animal species composition similarly a¤ected inter-

actions among seed dispersers, seed predators, and Spanish juniper ( Juniperus
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thurifera) in central Spain (Santos and Tellería 1994). A common seed predator,

the wood mouse (Apodemus sylvaticus), was nearly nine times more dense in

small forest fragments than in large ones, and consequently consumed much

higher quantities of seeds in the small fragments. Seed dispersers (thrushes,

Turdus spp.) were more abundant in large forests. Junipers in small fragments

thus experienced the “double-whammy” of having higher seed predation and

lower seed dispersal than those in large fragments, which is likely to reduce ju-

niper abundance in the small fragments.

Small fragments contain disproportionately higher amounts of edge, and

edges may attract plant natural enemies. In their research on native New Zealand

mistletoe (Alepis flavida), Bach and Kelley (2004) observed higher leaf herbivory

and seed predation, but lower floral herbivory, on Nothofagus forest edges than in

forest interior sites in New Zealand. The patterns depended on herbivore iden-

tity, as well as on the overall amounts of herbivory in a given year. For example,

leaf herbivory by the introduced Australian brushtail possum (Trichosurus vulpec-

ula) was significantly greater on forest edges than in the forest interior in a year

of high possum herbivory, but not in a year with low damage levels. Leaf her-

bivory by insects did not di¤er between forest edges and the interior, but floral

herbivory by a caterpillar was higher in the forest interior than on its edges, and

seed predation was higher along forest edges. The net e¤ect of all these types of

herbivory was a higher vulnerability of mistletoe growing on forest edges, since

the greatest amount of plant damage was by possums, who concentrated their

feeding at forest edges.

A recent review of the e¤ects of habitat loss and fragmentation on plant-

herbivore interactions (Tscharntke and Brandl 2004) suggested that there is

much contingency in these relationships, as was clearly observed in the studies

noted above. Some species respond positively, and some negatively, to habitat

loss and isolation, and the net impact on plants will depend on the roles played

by various animals and their responses to habitat alteration.

positive–positive interactions

Pollination

A critically important ecological interaction for plants is the mutualistic relation-

ship between plants and their pollinators, which may also be a¤ected by a variety

of mechanisms that stem from changes in habitat spatial characteristics (Jules

and Shahani 2003). Because many plants are self-incompatible, and thus require

pollen from other individuals to successfully reproduce, the movement of pollen
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among plants is essential. And most pollen movement occurs via animal polli-

nators, including mammals, birds, and insects. There has been much concern re-

cently over declines in pollinators and their services (e.g., Buchmann and Nab-

han 1997; Kremen et al. 2002; Biesmeijer et al. 2006). In addition to the use of

pesticides, one likely contributing factor in their decline is the loss and fragmen-

tation of suitable habitat for pollinators.

Two early observational studies showed both that pollinators may be less

abundant in habitat fragments than in continuous habitat, and that this may 

have negative impacts on plant reproduction in the fragments. Jennersten (1988)

studied pollination and seed set of the butterfly-pollinated plant, Dianthus del-

toides (Caryophyllaceae), within an agricultural landscape in southwest Sweden.

Through both pollinator observations and careful studies of plant reproduction,

Jennersten found that plants growing in habitat fragments were much less likely

to be visited by pollinators, and hence set fewer seeds, than those in a continu-

ous, “mainland” habitat. Aizen and Feinsinger (1994) observed similar patterns

by studying pollination in a completely di¤erent landscape, the dry subtropical

forests of northwestern Argentina. Their study was broader in scope, involving

16 di¤erent plant species (from eight di¤erent families) that were visited by a

wide variety of pollinators, including butterflies, moths, bees, wasps, beetles, and

hummingbirds. Their goal was to assess “community-level health” in response to

habitat loss and fragmentation by examining a suite of plant-pollinator systems

within the same landscape. Pollen loads, fruit set, and seed set were observed for

subsets of plants growing in small (�1 ha) fragments, larger (�2 ha) fragments,

and continuous forest. For the plant community as a whole, pollination was sub-

stantially higher in continuous forest than in habitat fragments, and this reduc-

tion in pollination was, to a lesser extent, reflected in lower overall seed set in the

forest fragments.

Additional observational studies in fragmented habitats have revealed sig-

nificant declines in pollination and seed set. For example, pollination and seed

set of tropical forest trees in both Thailand and Costa Rica (Ghazoul and McLeish

2001) were lower in fragmented than in continuous forest. The authors sug-

gested that the mechanism for these declines was that forest fragmentation

a¤ected pollinator foraging. In particular, because trees were scarce in small

habitat fragments, pollinators spent more time foraging elsewhere in these frag-

ments, and so did not move as frequently among the trees, thus lowering seed

set for these trees relative to those in continuous forest. Lennartsson (2002) ob-

served reductions in viability of the grassland herb Gentianella campestris in frag-

mented versus continuous grassland in Sweden, due to declines in pollinator vis-
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itation and seed set. Demographic data were incorporated into a stochastic pop-

ulation model, which revealed likely extinction thresholds for small populations

in grassland fragments.

A crucial phenomenon for small populations is the Allee e¤ect (Allee 1951), the

reduction in reproduction that occurs due to the decreased ability to locate mates.

In the case of many plants, mate-finding occurs via the presence and eªcacy of

pollinators. Martha Groom (1998) performed experiments with an annual beefly-

pollinated plant, Clarkia concinna (Onagraceae), in California, where she manip-

ulated both plant patch size and isolation to examine e¤ects on plant reproduc-

tive success. Groom trimmed naturally-occurring Clarkia patches to three sizes:

tiny (1–10 individuals per patch), small (11–50 individuals per patch) and large

(�50 individuals). For each patch size category, she also created isolation dis-

tances ranging from 1 m to 2.2 km, and then measured pollen receipt and seed

set for focal plants in each patch size/isolation treatment combination. Plants in

small, isolated populations were much less likely to receive pollen and set seed

than their counterparts in large populations close to neighbors. Beyond these

straightforward results, which were consistent with theoretical expectations,

Groom showed an intriguing statistical interaction between patch size and iso-

lation. Plants in larger patches could essentially withstand being isolated, but

plants in small populations were particularly vulnerable to isolation. Moreover,

there was a threshold isolation distance beyond which plant reproduction in

small populations declined to zero, but such a threshold was not observed in

large populations. This reduction in reproductive success was a likely explana-

tion for the vulnerability of the tiny populations—over 75% of the populations in

that size category went extinct during the study, compared to no extinctions in the

large patches. Because landscape change due to human activities is likely to lead

to smaller, more isolated plant populations, the findings from this study suggest

that plant populations may be particularly susceptible to extinction unless res-

toration and planning can ameliorate those e¤ects.

Is this selection of studies on pollination and fragmentation representative of

broader patterns? To address that question, we can look to a recent meta-analysis

of pollination and fragmentation studies (Aguilar et al. 2006). These authors

quantitatively reviewed the results from studies of pollination in relation to habi-

tat loss and isolation published during the period from 1987 to 2006. They 

observed an overall significant, negative e¤ect of habitat loss and isolation on pol-

lination and plant reproductive output, but the e¤ect was more acute for self-

incompatible plant species than for self-compatible ones. This result is com-

pelling, but not too surprising, since self-incompatible plants are obviously much
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more reliant on pollinator visitation for reproduction than are self-compatible

species. No other plant reproductive trait helped to explain the variation in e¤ect

sizes among species’ responses, however. Two previous reviews of pollination

and fragmentation failed to reveal such strong patterns (Aizen, Ashworth, and

Galetto 2002; Ghazoul 2005), but Aguilar et al. (2006) conducted the first formal

meta-analysis of these studies, and this approach is much more powerful than

simply tallying studies that show one response versus another.

The primary focus of pollination research in relation to habitat loss and isola-

tion has been to evaluate e¤ects on native plant species in habitat remnants. But

the pollination of species that are planted for human consumption may also be

influenced by habitat spatial structure, and this has clear and profound implica-

tions for our well-being. The best example of research so far on the provision of

pollinator services in modified landscapes is the work of Claire Kremen and col-

leagues, who have been studying the pollination of several food crops in north-

ern California as a function of the composition and configuration of native habi-

tats in the landscape surrounding crop fields (Kremen, Williams, and Thorp

2002; Kremen et al. 2002; Kremen et al. 2004; N.M. Williams and Kremen 2007;

see fig. 7.4). For example, their research has shown that the abundance and di-

versity of native pollinators, and their contribution to the pollination of water-

melon, is strongly influenced by landscape context (Kremen et al. 2002; see chap-

ter 5). Specifically, farms that are surrounded by a relatively high proportion of

natural habitat (30% or more cover of native habitat within 1 km of the farm) en-

joy higher pollen deposition on watermelon flowers than farms surrounded by a

low cover of native habitat (less than 1% within 1 km of the farm). The patches

of native habitat provide critical nesting and foraging habitat for native bees (Kre-

men et al. 2002), so the abundance and diversity of bees is higher at these farms.

Moreover, survival and reproduction of the native solitary bee Osmia lignaria ap-

peared to be positively a¤ected by the amount of native habitat present in this

largely agricultural landscape (N.M. Williams and Kremen 2007).

Seed Dispersal

Many plants also depend on animals to disperse their seeds to suitable germina-

tion sites at some distance away from the parent plants, in order to avoid in-

breeding. Seed-dispersing animals include mammals of many sizes and shapes

(primates, bats, elephants, rhinoceros, rabbits, rodents, and bears), many bird

species, and insects (including ants and dung beetles). In some instances, hu-

man activities, such as hunting, have reduced the abundance of these animal
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mutualists, and their associated plants are likely to su¤er the consequence of re-

duced population viability (e.g., Wang et al. 2007). Similar outcomes would be

predicted for changes in seed disperser abundance and distribution caused by

habitat loss and isolation.

The dynamics of seed dispersal, such as the proportion of seeds dispersed or

the destiny of the seeds, may be disrupted or altered in fragmented landscapes.

For instance, several ant species in northeastern Georgia disperse seeds of blood-

root (Sanguinaria canadensis), a forest understory herb. Ness (2004) studied ant

seed dispersal in forest edges and interiors, and found that native ants tended to

avoid forest edges, choosing instead to disperse seeds away from these edges and

into the forest interior. Hence ants appeared to deliver bloodroot seeds to appro-

priate germination sites, and they may help to alleviate the negative impact of for-

est edges on bloodroot persistence. In Atlantic coastal forest fragments in Brazil,

lower rates of scatter-hoarding by rodents in small fragments reduced seed dis-
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with native habitat nearby. Photo courtesy of Claire Kremen, University of California–

Berkeley. Bottom: Bees pollinating a sunflower—Apis mellifera (honeybee, left) and

Bombus vosnesenskii (bumblebee, right). Photo © by Sarah S. Greenleaf, University of

California–Davis.



persal for the endemic palm Astrocaryum aculeatissimum (Galetti et al. 2006).

Rates of seed dispersal were higher in large fragments and sharply reduced in

small fragments, which resulted in lower densities of palm seedlings and juve-

niles in the small fragments. In contrast, seed dispersal of Prunus africana by a

suite of 36 fruit-eating bird species in western Kenya was slightly greater in five

forest fragments than in a continuous forest site (Farwig, Böhning-Gaese, and

Bleher 2006), despite lower overall frugivore species richness in the fragments

than in the main forest sites. It is unclear from this study, however, how seed dis-

persal translated into plant recruitment in fragments versus continuous forest.

Mutualisms Involving Ants

Most studies of mutualistic interactions in fragmented habitats have centered on

pollination and seed dispersal, two highly conspicuous and critically important

phenomena for the viability of many plant species. Yet very little attention has

been given to some other, perhaps more obscure, but no less essential interac-

tions among species. Ant-plant mutualisms are common in temperate and trop-

ical ecosystems, including the intriguing ant-acacia relationships found in both

Central America and Africa (e.g., Janzen 1966; Stanton et al. 1999). Ants associ-

ated with plants typically defend the plant against herbivore attack, and in return

the plant provides rewards in the form of food and shelter. Ants are also involved

in mutualistic relationships with other insects, especially aphids (Homoptera)

and larval butterflies in a couple of families (Lepidoptera: Lycaenidae and Rio-

dinidae). In these associations, ants protect the herbivores from predators, and

aphids and caterpillars secrete a sugary liquid that is eaten by the ants. However,

even less is known about these types of interactions and how they may be influ-

enced by habitat loss and isolation (Styrsky and Eubanks 2007).

Within the context of the Amazonian forest fragmentation experiment (BDFF)

discussed previously, Bruna, Vasconcelos, and Heredia (2005) examined whether

ant-plant mutualisms appeared to be a¤ected by habitat loss and isolation. They

surveyed a subset of the BDFF long-term study sites, including four 1 ha frag-

ments and four continuous forest sites. They inspected over 1000 myrmeco-

phytes (plants with associated ants) across the sites and recorded the identity,

abundance, and richness of their attendant ants. The results were complex, and,

contrary to their expectations, the researchers detected no di¤erences in either

plant or ant species richness or the total ant-plant density among the forest frag-

ments and the continuous forest sites. They did note, however, that eight of the

plant species occurred at higher average densities in continuous forest than in
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the 1 ha fragments. This observation led them to suggest that perhaps, due to low

population sizes in the fragments, both ants and plants in these isolates may be

more susceptible to stochastic processes that could drive them toward local ex-

tinction.

Mycorrhizal Associations

Mutually beneficial relationships among plants and fungi (mycorrhizal associa-

tions) are ubiquitous in nature and fundamental to functioning ecosystems. Un-

derground fungi colonize the external or internal surfaces of plant roots and fa-

cilitate the uptake of key nutrients, such as nitrogen and phosphorus, from the

surrounding soil. The fungi benefit by carbohydrates that are exuded from the

plant roots. Two major groups of mycorrhizal fungi infect plant roots: arbuscular

mycorrhizae that penetrate plant roots, and ectomycorrhizal fungi, whose hy-

phae form sheaths on the external surfaces of plant roots. There are few exam-

ples specifically showing how mycorrhizal associations vary in the context of

habitat loss and fragmentation, but we can make some inferences by piecing 

together the results of a handful of relevant studies. The construction of the

Panama Canal and its associated Lake Gatun created a series of di¤erent-sized

tropical forest islands (former hilltops) in the midst of the lake. Researchers have

compared many taxa on these islands to the adjacent mainland, in order to dis-

cern the e¤ects of habitat area and isolation on species richness. Similarly, Man-

gan et al. (2004) surveyed arbuscular mycorrhizal fungi on several of these is-

lands by collecting soils and screening for fungal spores. They observed that

island sites had distinct arbuscular mycorrhizal fungal communities when com-

pared to mainland sites, so habitat fragmentation did a¤ect community compo-

sition significantly. There were no systematic di¤erences, however, in species

richness or the diversity of fungal spores with decreasing forest fragment size.

The authors suggested that the di¤erent composition of fungal inoculum in is-

land sites may cause subsequent shifts in the patterns of seedling growth and

survival in these sites, since mycorrhizal fungi positively a¤ect both of these char-

acteristics of plant performance. The authors suggest that disruption of this mu-

tualism could ultimately shift above-ground species composition.

In a quite di¤erent study system involving temperate forests, habitat area did

have a significant e¤ect on fungal species richness. Peay et al. (2007) studied ec-

tomycorrhizal fungi on habitat islands of the host tree, Pinus muricata, in north-

ern California. They found a distinct and substantial increase (over five orders of

magnitude) in the species richness of fungal spores as tree-island area increased.
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Although these are naturally-occurring islands, and not the direct result of hu-

man disturbance, the implication is that habitat loss would diminish ectomycor-

rhizal fungal species richness.

Experimental studies of mycorrhizal fungi in two di¤erent contexts further

suggest that dispersal may limit the colonization of hosts by fungal spores.

Dickie and Reich (2005) found that oak seedlings (Quercus macrocarpa) in aban-

doned agricultural fields in Minnesota were more likely to be infected by mycor-

rhizal fungi if they were growing close to the forest edge (0–10 m) rather than

farther from it (15–20m away). Similarly, the prevalence of ecotomycorrhizal in-

fections in two oak species (Q. ellipsoidalis and Q. macrocarpa) was higher in

seedlings growing near adult trees than in seedlings more distant from adult

trees (Dickie et al. 2007). These results suggest that if adult trees became more

scattered due to landscape change, the rates of natural colonization of seedlings

by ectomycorrhizal fungi would be curtailed. Limited dispersal also appeared to

a¤ect arbuscular fungi that colonized corn plants in fallow agricultural fields in

Zimbabwe (Lekberg et al. 2007). Arbuscular mycorrhizal communities were

more similar in study sites that were close together, but di¤ered greatly in widely-

spaced study sites. Thus the dispersal of fungal spores may strongly a¤ect com-

munity composition, with the inference that if dispersal is disrupted by habitat

loss and fragmentation, then colonization may be similarly reduced.

some unknowns

There are at least two other interactions that have been described by ecologists,

but we know little about them in the context of changes in habitat spatial struc-

ture. A fascinating but relatively little-studied interaction is floral larceny (Irwin,

Brody, and Waser 2001), whereby animals steal nectar from flowers but get away

without rewarding the plant with successful pollination. Although this interac-

tion can clearly play a role in plant reproductive output and, by extension, is likely

to a¤ect population persistence in altered landscapes, there appear to be no pub-

lished studies yet that focus explicitly on how habitat spatial structure influences

the rates and patterns of nectar robbery. It seems reasonable to expect that nectar

robbers will be attracted to flowers in a similar way as pollinators, so at least the

part about “finding the interacting partner” would seem to be a¤ected by habitat

loss and fragmentation in ways that resemble plant-pollinator interactions. One

interesting unanswered question is how persistent an antagonistic interaction

may be, relative to an interaction that is mutualistic. Metacommunity theory is

just beginning to devise a formal framework to deal with this (e.g., see Hoopes,
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Holt, and Holyoak 2005 for the development of spatial mathematical models of

competition, predation, and mutualism). Mutualistic interactions among plants

( facilitation) are more common than was once thought (Bertness and Callaway

1994), and they may be a¤ected by changes in habitat spatial structure in di¤er-

ent ways than plant competition is. Although there is recognition that plant-plant

interactions may shift between competition and facilitation, depending on the

environmental context (e.g., Gra¤, Aguiar, and Chaneton 2007), there appears to

be a lack of formal studies that examine the e¤ects of habitat loss and fragmen-

tation on facilitation among plants.

foundation species

Some species have disproportionately large impacts on ecosystems and thus

make major contributions to ecosystem function. These interactions often do not

fall neatly into a single category, since the species may ultimately enhance the

richness of the entire community but might have negative e¤ects on a particular

species, since they may be competitors or even predators of that species within

the ecosystem. These high-impact species are the foundation species of Soulé et al.

(2003), and include “ecosystem engineers” like prairie dogs, beavers, and ter-

mites, as well as key food resources, such as fig trees in tropical forests or the

American chestnut (the latter is now functionally extinct in eastern United States

forests). The function of these foundation species may vary in a linear fashion

with density (as density declines, function declines monotonically), or it may vary

non-linearly (there may be critical threshold densities below which function is

e¤ectively zero; see fig. 7.1). Because these foundation species are highly inter-

active species, Soulé et al. argue that they should be prioritized in conservation

e¤orts.

Prairie dogs in grasslands in the western United States provide a clear exam-

ple of this issue. One of the most critically endangered mammals in North Amer-

ica is the black-footed ferret, which is an obligate predator of prairie dogs. Ferrets

have large home ranges; in fact, about 40–60 ha of prairie dog colonies are re-

quired for a single ferret. So when grassland habitat is reduced and fragmented,

prairie dog colonies become smaller and more isolated from one another, and

ferrets cannot persist in these altered landscapes. In this case, the function of

prairie dogs as foundation species (for ferrets, at least) declines in highly frag-

mented landscapes.

s p e c i e s  i n t e r a c t i o n s 163



multiple interactions in the same system

The Savannah River experiment in South Carolina provides a unique example

where multiple species interactions have been studied within the same experi-

mental system (Tewksbury et al. 2002). Various researchers at this site have stud-

ied how habitat corridors a¤ect species occurrence and movement patterns (see

chapter 4), predator-prey relationships, seed predation, seed dispersal, and polli-

nation. The main message that emerged from this comprehensive study is that

corridors a¤ected each of these interactions significantly, probably due to their

e¤ects on individual movement patterns. For example, Brinkerho¤, Haddad, and

Orrock (2005) tested whether small mammal (prey) foraging behavior varied in

response to habitat corridors and perceived predation risk (simulated by adding

predator urine to half of the experimental blocks). Corridors synchronized small

mammal foraging activity among connected patches, and they also provided a

conduit for movement away from areas of high perceived predation risk. The im-

plication of this study is that the observed changes in prey foraging behavior may

results in shifts in overall small mammal assemblages in connected versus iso-

lated habitat patches.

Corridors a¤ected invertebrate, rodent, and avian seed predators on pokeweed

(Phytolacca americana), but the e¤ects were complementary (Orrock et al. 2003).

In other words, invertebrates removed fewer seeds in patches that were con-

nected by corridors than in unconnected patches, but rodents removed more

seeds in connected patches. Seed removal by birds was similar in the connected

and unconnected patches. In sum, total seed removal by all seed predators was

not a¤ected by corridors, because invertebrates removed more seeds in those

patches where rodents removed fewer seeds, and vice versa. Because these seed

predator taxa forage di¤erently, and because they preferentially consume seeds

of di¤erent species, corridors may ultimately cause shifts in the overall composi-

tion of plant and seed predator communities.

Seed dispersal by birds was a slightly di¤erent story. The dispersal of fruits

and seeds of two shrub species, Myrica cerifera and Ilex vomitoria, was higher in

connected than in unconnected patches (Tewksbury et al. 2002; Levey et al. 2005).

Researchers followed the fates of seeds dispersed by birds using seed traps situ-

ated beneath artificial perch sites. Because one of the plant species, M. cerifera,

was so common throughout the study area, both sets of researchers used a clever

method to distinguish seeds from fruits collected specifically from their ex-

perimental plants. They sprayed the experimental fruits with a fluorescent pow-

der, then examined the dispersed seeds under a fluorescent microscope to
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confirm which seeds had come from fruits in particular study plots. Levey et al.

(2005) also tracked the movements of the major seed disperser, the eastern blue-

bird (Sialia sialis), and incorporated movement and seed dispersal data into an 

individually-based simulation model. Taken together, the results from both stud-

ies showed strong positive e¤ects of habitat corridors on seed dispersal, and both

experiments demonstrated that observations of small-scale movements by birds

can be accurately scaled up to predict broad-scale patterns of seed dispersal by

these birds.

Because isolation may negatively a¤ect pollinators and pollination, habitat

corridors may positively contribute to pollination success. Pollen movement via

pollinators appeared to be a¤ected significantly by habitat corridors within the

broad-scale Savannah River fragmentation experiment. To examine pollen move-

ment in relation to corridors, Tewksbury et al. (2002) used holly (Ilex verticillata).

They planted male individuals (pollen donors) in the central patches of their ex-

perimental array and planted female holly (pollen recipients) in each of the pe-

ripheral patches, including both patches connected by a corridor and uncon-

nected patches. Because they used cultivars of holly, and not the native holly at

their study site, they could attribute pollen flow directly to their experimental

plants, not to plants in the surrounding landscape. These holly cultivars were vis-

ited by a wide variety of potential pollinators, including flies, wasps, bees, and

butterflies. Consistent with other results showing significant positive e¤ects of

corridors (see chapters 5 and 6), the proportion of flowers that were successfully

pollinated and produced fruit was higher in connected patches than in uncon-

nected ones, presumably because the corridors facilitated the movement of in-

sect pollinators in this landscape.

interactions between interactions

Ecological science has a tendency to start with the simple and progress to the

more complex. The studies discussed above generally focused on one species in-

teraction at a time, although we know that every species interacts in di¤erent

ways with many other species within ecological communities. Several studies

have grappled with this complexity by simultaneously evaluating the e¤ects of

more than one type of interaction on a particular species. Groom’s (1998) study

of pollination of Clarkia concinna in relation to patch size and isolation was dis-

cussed earlier in this chapter, but she also conducted experiments on this plant

to examine both pollination and herbivory in relation to patch isolation (Groom

2001). Groom’s results from this latter study showed that isolated plant patches
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enjoy lower levels of herbivory, but they also su¤er lower rates of pollination than

plants in patches close to other patches. Thus it appears that insects have a more

diªcult time locating isolated plants, which has both costs and benefits for plants

in isolated patches.

In particular, the consideration of multiple species interactions involving

plants helps us to understand the net e¤ect of habitat loss and fragmentation for

plant regeneration. Erik Jules and colleagues conducted a comprehensive study

of several processes and interactions related to plant reproduction in the long-

lived forest understory herb Trillium ovatum (Liliaceae) in fragmented forests in

the Pacific Northwest (Jules 1998; Jules and Rathcke 1999; Tallmon et al. 2003;

Kahmen and Jules 2005). The study began with the observation that Trillium re-

cruitment was close to zero near (within about 65 m of ) forest edges, but was

higher in forest interior habitat (Jules 1998). Subsequent experiments revealed

that near edges, seed production was lower, possibly due to decreased pollinator

activity there, and seed predation by mice was higher (Jules and Rathcke 1999,

fig. 7.5). Seed dispersal and seed germination did not di¤er between the forest

edge and interior sites, so declining plant recruitment was likely to have been

caused by decreased seed production and enhanced seed predation. Deer mice,

major seed predators, appeared to thrive in clear-cuts and attained densities that

were 3–4 times higher at forest edges than in interiors ( Tallmon et al. 2003).

Given that Trillium is a long-lived plant that occurs within forests that can be sev-

eral hundred or even thousands of years old, what do these results tell us about

the patterns of long-term recovery of Trillium in disturbed forests? Kahmen and

Jules (2005) surveyed recovered forests that di¤ered in age and confirmed that

population recovery may take as long as centuries unless certain individuals that

survive periodic disturbances are able to serve as sources for seed germination

within sites.

Plants lend themselves well to studies of multiple species interactions. García

and Chaco¤ (2007) adopted a similar approach and concurrently considered

three interactions—pollination, seed dispersal, and seed predation—for haw-

thorn trees (Rosaceae: Crataegus monogyna) in northern Spain. In this case, the

di¤erent interactions were accomplished by di¤erent species groups that had dis-

parate ranges of movement. Frugivorous birds (seed dispersers) were highly mo-

bile, insects (pollinators) were a bit less mobile, and woodmice (Apodemus syl-

vaticus, seed predators) were the least mobile of the three groups. The key results

from this study were that isolated hawthorn trees were less likely to be pollinated,

less likely to have their seeds dispersed, yet more likely to have their seeds eaten

by mice than were trees surrounded by extensive forest cover. Thus the multiple
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e¤ects related to plant regeneration in this system were additive, rather than

compensatory. The e¤ects of di¤erent interactions varied with spatial scale, con-

sistent with the movement patterns of the di¤erent animal species involved. The

implication is that isolated hawthorn trees are in big trouble. They appear to be

able to produce fewer seeds, and many of the seeds that they do produce are con-

sumed by mice. The next step would be for ecologists to integrate the e¤ects of

these and other multiple-species interactions into models or experimental stud-

ies of plant performance in di¤erent spatial contexts.

synthesis

Several messages emerge as a result of this review of studies of species interac-

tions in fragmented landscapes. First, it is clear that because species are often

tightly linked within food webs or via other functional relationships, declines in

the abundance of one species may cause similar declines in a linked species.

What Harrison and Bruna (1996) call “chains of ecological interactions” can re-

sult in positive feedback loops that cause species to swirl down the extinction vor-

tex. Species interactions may thus play a huge role in these processes.
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Figure 7.5. Recruitment, seed dispersal, pollen limitation, and seed predation of Trillium

ovatum in relation to the distance from a forest/clear-cut edge. Trillium recruitment

(heavy line) was the net e¤ect of multiple interacting processes, including those shown

and others not shown but cited in Jules and Rathcke (1999). Recruitment data were

generalized from Jules (1998), and seed dispersal, pollen limitation, and seed predation

were generalized from data presented in Jules and Rathcke (1999).



Second, the study of species interactions is an excellent opportunity to link an-

imal behavior with population and community dynamics. Because animals use

behavioral cues to locate and move toward or away from each other, the func-

tional connectivity of landscapes will largely influence the outcome of these be-

havioral decisions.

Third, it is clear that a single type of interaction (pollination, seed dispersal,

competition) can be strongly influenced by habitat spatial structure, usually be-

cause it a¤ects the ability of one or both of the interacting partners to encounter

each other within patchy landscapes. But when additional interactions are con-

sidered, the net e¤ect may be that the positive and negative impacts cancel each

other out, such as in Groom’s (2001) example of Clarkia concinna, which experi-

enced lower herbivory but also lower pollination in isolated patches. Or the neg-

ative impacts may stack up to create not just one, but several reasons for species

declines in fragmented landscapes, such as the hawthorn trees in Spain that ex-

perienced reduced pollination and seed dispersal and higher seed predation in

isolated settings (García and Chaco¤ 2007). In addition to their importance in

fragmented landscapes, the outcomes of multiple species interactions are be-

coming more widely recognized for their broad relevance to ecology (Morris et al.

2007).

Finally, it is apparent from the discussion on multiple species interactions that

there is some work to do to develop formal conceptual models to predict the out-

come of di¤erent types of species interactions in fragmented landscapes. In

terms of maintaining species diversity in patchy landscapes, metacommunity

theory highlights the importance of both the strength of species interactions and

the amount of dispersal. But unanswered questions remain. For example, is

patchiness likely to a¤ect antagonistic interactions more strongly than mutualis-

tic ones? Or will there be an impact on interactions that involve trophic connec-

tions versus those that do not? Our ability to refine predictions of species re-

sponses and the outcomes of species interactions in fragmented landscapes

should enhance our success at planning and managing landscapes that support

the entire suite of biological interactions, so that our forests (and grasslands,

scrublands, savannas, and oceans) may truly remain full.
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Parasites, Pathogens, and 
Disease Emergence

Human-induced land use changes are the primary drivers of

a range of infectious disease outbreaks and emergence

events.

—Jonathan A. Patz, Peter Daszak, Gary M. Tabor, A. Alonso

Aguirre, Mary Pearl, Jon Epstein, Nathan D. Wolfe, A. Marm

Kilpatrick, Johannes Foufopoulos, David Molyneux, David J.

Bradley, and members of the Working Group on Land Use

Change and Disease Emergence (2004)

In recent years, media coverage has startled readers with tales of outbreaks of

mysterious maladies in humans, wild animals, trees, and agricultural crops—

West Nile virus, Lyme disease, chronic wasting disease, amphibian limb defor-

mities, sudden oak death, and soybean rust. Reports of the resurgence of more

familiar human diseases—plague, rabies, and malaria—have appeared as well.

The likely causes of this recent disease emergence and resurgence include cli-

mate change (Harvell et al. 2002; P. Anderson et al. 2004), the invasion of exotic

species (J.K. Brown and Hovmøller 2002; Derraik and Slaney 2007) and water

pollution (Rejmánková et al. 2006; Hrudey and Hrudey 2007). But we are also dis-

covering compelling cases where parasite and pathogen prevalence are closely re-

lated to changes in landscape spatial configuration (e.g., Kitron 1998; Ostfeld

2005). It turns out that anthropogenic landscape change is a pivotal factor in the



dynamics of many diseases that pose risks to humans, wildlife, forests, and agri-

cultural crops (Patz et al. 2004).

Several notorious diseases appear to emerge as the result of complex interac-

tions among hosts, vectors, and pathogens, and landscape change may shift the

dynamics of these interactions, thereby increasing the risk of exposure to disease.

There are several ways in which parasite and pathogen prevalence may be altered

in response to landscape change, and these are not necessarily mutually exclu-

sive. First, we know that land transformation via urbanization, deforestation, and

agricultural intensification can cause habitat loss and fragmentation, introduce

novel landscape contexts, and increase the amount of edge, all of which may al-

ter the relative abundance and richness of hosts and vectors. Second, in human-

modified landscapes, changes in functional connectivity may alter dispersal rates

and transmission routes for hosts, vectors, or pathogens and parasites. Third, na-

tive habitats surrounded by unfamiliar landscape contexts may experience de-

clines in habitat quality, such as the eutrophication of lakes, streams, or wetlands

adjacent to heavily fertilized agricultural fields.

From a conservation standpoint, disease increasingly threatens the persis-

tence of native species and ecosystems that are of conservation concern. Species

that are already rare or declining in fragmented habitats may show an enhanced

susceptibility to disease. In particular, landscape change or habitat degradation

may result in a reduction in the hosts’ capacity to defend themselves against par-

asites and pathogens (immunocompetence), due to stress or food limitation within

small or degraded habitat fragments. Habitat loss and isolation may also reduce

genetic diversity in small populations, diminishing the capacity for species to

evolve resistance to new parasites and pathogens. Species may also be exposed to

novel diseases for which they have little or no built-in resistance. For example,

many di¤erent coral species in the Caribbean are now threatened by a suite of

previously unknown pathogens, which collectively pose a serious threat to the in-

tegrity of coral reef ecosystems (Porter et al. 2001). A bit of promising news is that

some corals have begun to show increased resistance to some pathogens, either

through induced defenses or evolved resistance (Kim and Harvell 2004).

In 1998, Wilcove and colleagues published an often-cited analysis of the five

major threats to imperiled plants and animals in the United States. Habitat de-

struction and degradation ranked the highest, with over 80% of these species in

jeopardy for this reason. Disease came in last, with only 2% of the species re-

portedly threatened by this factor; most of these cases were of Hawaiian birds

that have declined due to avian malaria. More recently, however, several authors

have highlighted the increasing threat of wildlife disease for species of conserva-
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tion concern (Daszak, Cunningham, and Hyatt 2000; La¤erty and Gerber 2002).

Schloegel et al. (2006) reported what may be the first documented case of a species

extinction in the wild due to an infectious disease, the recent decline to extinction

of the sharp-snouted day frog (Taudactylus acutirostris) in northern Queensland,

Australia, due to infection by the pathogen Batrachochytrium dendrobatidis (chy-

trid fungus). It is probably the case that, given the increasing number of reports

of rare species negatively a¤ected by these maladies, such as upper respiratory

tract disease in desert tortoises or the recent rampant spread of Tasmanian devil

facial tumor disease (McCallum and Jones 2006), the percentage of species at risk

of extinction from disease has increased both in the United States and worldwide

in just the past 10 years.

Due in part to these observed increases in the impacts of disease on native

species and ecosystems, there are now interdisciplinary research e¤orts that link

human, wildlife, and plant diseases to anthropogenically caused changes in land-

scape spatial configuration or habitat quality. These endeavors fall under various

research umbrellas, referred to as disease ecology, conservation medicine, land-

scape pathology, landscape epidemiology, and spatial epidemiology (table 8.1).

Investigations typically focus on how shifts in species composition, driven by

landscape change, may dramatically influence the emergence and spread of in-

fectious diseases. These “new” fields of inquiry build upon a rich history of the-

oretical and empirical research in epidemiology that integrates spatial patterns

and the processes of pathogen transmission and spread.

Because of the burgeoning literature on these topics, this book features an en-

tire chapter devoted to parasite and pathogen ecology in fragmented landscapes.

Many of the studies reviewed here describe the dynamics of zoonotic diseases—

those shared between wildlife and human hosts—but this chapter also high-

lights examples of pathogens and parasites known only to non-human species,

as well as a few plant pathogens. First there is a brief review of ecological theory

relevant to disease ecology, and then the rest of the chapter is organized around

each of the major mechanisms for changes in parasite and pathogen prevalence

in human-modified landscapes.

spatial theory and modeling

The transmission and spread of pathogens reveals what is essentially a spatial

record of interactions among individual hosts and vectors. Therefore, detailed

analyses of observed patterns in disease incidence can help clarify the factors that

a¤ect pathogen transmission and spread. Comprehensive spatial and temporal
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Table 8 .1
Glossary of key terms related to parasites, pathogens, and disease occurrence,
starting with the simplest terms and progressing to others that build upon
and refer back to them. Terms are cited from Schmidt and Ostfeld (2001);
Haydon et al. (2002); Tabor (2002); Holdenrieder et al. (2004); McCallum et al.
(2004); Fenton and Pedersen (2005); and Ostfeld, Glass, and Keesing (2005).

Term Definition

Pathogen A disease-causing microorganism that multiplies within its host, 
generally controlled by the host response.

Parasite An organism that lives in an intimate association with one host 
individual of another species per life-history stage, with a 
detrimental e¤ect on the host.

Macroparasite Typically, multi-cellular metazoans—such as helminths—that 
cannot complete an entire life cycle within one individual host.

Microparasite Typically, unicellular microorganisms—such as viruses, bacteria, 
and protozoans—that can multiply rapidly within a host.

Disease A condition that impairs the normal function for a plant or 
animal. An infectious disease is caused by a transmissible 
biological agent.

Zoonosis Diseases that can be shared among wild or domestic animals and
humans.

Transmission The passing of a disease from an infected individual or group 
to a previously uninfected individual or group. A directly
transmitted disease does not involve a vector, but is passed by 
direct contact of one individual with another.

Vector A mobile organism that transmits a parasite from one host to 
another.

Reservoir host One or more epidemiologically connected populations or 
environments in which a pathogen can be permanently 
maintained and from which infection is transmitted to the 
defined target population.

Reservoir competence The ability of a host to transmit a specific pathogen to a feeding 
vector.

Vector competence The ability of a vector, once it has fed on an infected host, to 
infect a naïve host.

Dilution e¤ect Host communities with high species richness or evenness are 
likely to contain a high proportion of hosts that are ineªcient 
in transmitting the disease agent to a feeding vector, thereby 
reducing disease risk.

Conservation medicine An integrative field of study that examines the health of both 
individuals and groups of individuals, and the landscapes in 
which they live, by simultaneously considering animal health, 
human health, and ecosystem health.

Landscape pathology The incorporation of landscape ecological concepts and methods
into the science of forest pathology.

Landscape epidemiology The identification of geographical areas where disease is trans-
mitted, and the analysis of risk patterns and environmental 
risk factors.

Community epidemiology The consideration of multiple hosts, vectors, and pathogens that 
interact in ecological communities.

Spatial epidemiology The study of spatial heterogeneity in the risk or incidence of 
infectious disease.



data sets on human diseases are especially valuable for understanding disease dy-

namics in spatial contexts. For example, Brian Grenfell and collaborators have

used decades of observations of childhood measles in the United Kingdom to

build mathematical models that can reconstruct the observed spatial and tempo-

ral patterns of epidemics. By retroactively modeling the data to fit observed pat-

terns, these authors have revealed the importance of key variables (such as spa-

tial isolation and town size) on the persistence and periodicity of measles (Bolker

and Grenfell 1995; Grenfell, Bjørnstad, and Kappey 2001; Grenfell, Bjørnstad,

and Finkenstadt 2002). What is most relevant to the present discussion is the in-

ference that the spatial structure of populations and communities may strongly

influence the transmission and spread of pathogens. For example, given what we

know about animal movement, pathogen dispersal, and landscape connectivity,

we might expect disease transmission to be more likely in connected versus frag-

mented landscapes.

Recall that chapters 3 and 6 contain lengthy discussions of the potential ben-

efits of habitat corridors for species persistence. A few dissenting voices (Sim-

berlo¤ and Cox 1987; Simberlo¤ et al. 1992; Hess 1994, 1996a, b) cautioned that

corridors may be ultimately detrimental to populations and communities, be-

cause they may facilitate the spread of disturbance and disease among otherwise

isolated populations. Their argument was that pathogens may easily disperse

along corridors among otherwise isolated and disease-free populations. So per-

haps there is an advantage to habitat isolation, if pathogen movement is re-

stricted relative to continuous landscapes.

In three closely related papers, Hess (1994, 1996a, b) synthesized concepts

from metapopulation theory and spatial epidemiology to explore both the like-

lihood of pathogen spread in several di¤erent landscape configurations and its

implication for metapopulation persistence. Hess (1996a) simulated di¤erent

spatial arrangements of populations and found that spatial configuration di¤er-

entially a¤ected the probability of metapopulation extinction due to disease, but

only under certain conditions. For example, when migration between popula-

tions was relatively low, the necklace configuration (a set of linearly arranged

patches, where individuals could only move to the adjacent patch during each of

the model’s time intervals) had the lowest probability of extinction when disease

reduced the life span of organisms by 50%–60%. Based on the results of simu-

lation models, Hess concluded that “too much movement” among local popula-

tions could be hazardous, as it could facilitate the spread of disease. Movements

that occurred with relatively low frequency, such as those involved in migration

or dispersal, were not as detrimental in terms of disease transmission as higher-
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frequency movements, for example, forays by animals within their home range.

The negative e¤ects of connectivity were most acute for highly contagious dis-

eases, and Hess thus recommended several management options for such situa-

tions, including quarantine, vaccination, or even limiting the movement of indi-

viduals by blocking movement pathways.

But under what conditions might the benefits of corridors for population per-

sistence outweigh the costs of disease transmission? Subsequent expansion and

modification of Hess’s original formulations helped to clarify this issue. Gog,

Woodro¤e, and Swinton (2002) argued that Hess’s models may not have broad

applicability, because of research demonstrating that many pathogens have mul-

tiple hosts (Haydon et al. 2002). When the presence of alternative hosts was in-

corporated into models of disease spread, the results showed an overall net pos-

itive e¤ect of inter-population movement on population persistence, rather than

a negative e¤ect (Gog, Woodro¤e, and Swinton 2002). This finding was largely

due to the incorporation of background infection into the models, which means

that the pathogen was already widespread in the system because it was present

in multiple species, and increasing the movement rates among populations did

not exacerbate the negative e¤ects of disease spread.

McCallum and Dobson (2002) extended Hess’s models further and broadened

this discussion to consider the e¤ects of habitat fragmentation on disease per-

sistence and transmission more generally. They also added two key components:

they modeled metapopulation dynamics in disease systems where local popula-

tions were allowed to recover from infection, and they included the presence of a

second, reservoir host species. Recovery was incorporated into their models,

since in many disease systems, pathogens fade out to local extinction when the

abundance or density of susceptible hosts becomes very low. The local population

is thus disease-free until the number of susceptible individuals increases to some

level where the pathogen can invade them. When recovery was included, the tar-

get host species rapidly recolonized connected patches, and the benefits of recol-

onization for population persistence outweighed the cost of increased pathogen

movement among connected patches. When models included a reservoir host

(Haydon et al. 2002; see table 8.1), the outcomes depended on specific dispersal

abilities of the target species in relation to the pathogen and reservoir host. In

these models, the target host species could essentially escape the pathogen in

connected patches if the target host could disperse either to patches where the

reservoir host had gone extinct, or to patches that had resistant reservoir popula-

tions. McCallum and Dobson (2002) concluded from their models that, in situa-

tions where a novel pathogen invaded a system and the target host species was
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unable to disperse to other patches, it may be necessary to quarantine or to man-

age the movement of individuals among populations to prevent disease spread.

Taken together, the various spatial models of metapopulation dynamics of

hosts and pathogens suggest that conservation biologists should carefully con-

sider the potential impact of pathogen transmission among isolated populations.

Connecting otherwise isolated populations may be costly or might be beneficial,

depending on these conditions: (1) whether the pathogen is specialized on a sin-

gle species or has multiple hosts, (2) whether recovery of populations from in-

fection is possible, and (3) the relative dispersal abilities of hosts and pathogens

(e.g., Thrall and Burdon 1999). In many of the cases explored in modeling stud-

ies, however, the positive impact of corridors on population exchange and species

persistence far outweighed the cost of enhanced disease spread.

shifts in community composition

A common theme that emerges from studies of landscape change and disease

risk is that habitat modification typically simplifies ecological communities,

causing shifts in the abundance of hosts and vectors that may then result in

higher pathogen prevalence. So if species are lost because of habitat loss and frag-

mentation—either through edge e¤ects or changes in patch size, isolation, or

landscape context—there are likely to be profound e¤ects on pathogen-vector-

host relationships that may result in increased human exposure to pathogenic 

organisms (Ostfeld and Keesing 2000a, b). The reduction in disease risk in

species-rich communities, known as the dilution e¤ect (table 8.1), may be a pri-

mary means by which landscape change influences disease risk. Diverse com-

munities may promote the dilution e¤ect via several mechanisms: (1) reducing

the probability of an encounter between host and pathogen, (2) reducing the

probability of pathogen transmission between hosts, (3) limiting the abundance

of particular host species via competition or predation, (4) causing increased

mortality in infected species via competition, or (5) facilitating the recovery of in-

fected species via mutualistic interactions (Keesing, Holt, and Ostfeld 2006). The

study of various mechanisms responsible for the dilution e¤ect may ultimately

facilitate intervention or management strategies to ameliorate the risk of disease

exposure for humans.

Despite a limited understanding of the ways in which species diversity a¤ects

disease risk, examples from a handful of disease systems provide some evidence

for the dilution e¤ect. Most examples involve vector-borne diseases with multi-

ple hosts, and include Lyme disease, West Nile virus, tick-borne encephalitis, bar-
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tonellosis, Chaga’s disease, and ehrlichiosis (summarized in Ostfeld and Keesing

2000b; Dobson et al. 2006; Keesing, Holt, and Ostfeld 2006). There are also a few

examples from directly transmitted animal pathogens (e.g., hantaviruses) and

plant pathogens. Dobson et al. (2006) succinctly summarized the benefits of bio-

diversity for reducing the risk of several well-known, vector-borne zoonotic dis-

eases—in these cases, habitat loss and fragmentation have reduced the abun-

dance and richness of predators and competitors from ecological communities,

causing an increased abundance of a competent host species and thus increased

pathogen prevalence. These authors warn that, as we reduce biodiversity, we are

compromising the ability of natural systems to dilute pathogens, as well as in-

creasing our own exposure to zoonotic diseases. The following sections review

three well-studied systems where species richness reduces disease risk: Lyme

disease, West Nile virus, and foliar plant pathogens in perennial grasslands.

Lyme Disease

The observation that host species richness and pathogen prevalence are nega-

tively correlated has been most extensively explored in studies of Lyme disease by

Richard Ostfeld and colleagues (Van Buskirk and Ostfeld 1998; Ostfeld and

Keesing 2000a, b; Schmidt and Ostfeld 2001; LoGiudice et al. 2003; Ostfeld and

LoGiudice 2003; Ostfeld, Keesing, and LoGiudice 2006). Lyme disease in the

northeastern United States is a zoonosis involving several bird, mammal, and

reptile hosts; it has a single vector, the black-legged tick (Ixodes scapularis), and a

single pathogen, the spirochete Borrelia burgdorferi. The disease manifests itself

in humans by a skin rash, joint swelling, and flulike symptoms, and it a¤ects

thousands of humans per year. Ticks have a two-year life cycle and take one blood

meal in each of three life stages: larva, nymph, and adult. The main hosts of the

larval and nymphal ticks are small mammals, birds, and sometimes lizards,

while the main hosts for adult ticks are white-tailed deer (Odocoileus virginianus).

Both modeling and field observations have shown that the number of human

cases of Lyme disease, and the prevalence of the Lyme spirochete, are reduced in

species-rich host assemblages relative to species-poor assemblages (Ostfeld and

Keesing 2000a; Schmidt and Ostfeld 2001; LoGiudice et al. 2003).

The particularly relevant piece of the Lyme disease story for this chapter is that

the loss and fragmentation of northeastern deciduous forests has caused shifts

in the species composition of mammal assemblages, which has implications for

the risk of Lyme disease for humans. Specifically, B. Allan, Keesing, and Ostfeld

(2003) observed that in the fragmented forest landscape of Dutchess County, New
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York, smaller forest fragments (�2 ha) supported higher densities of tick

nymphs (as well as a higher prevalence of infected nymphs) than did larger for-

est fragments (4–7 ha). The net result was a higher density of infected nymphs

in small versus large fragments (fig. 8.1a). Because forest loss and fragmentation

tend to reduce vertebrate diversity, the authors suggested that the increase in the

prevalence of nymphal infection that they observed was likely due to a higher

abundance of the generalist species, the white-footed mouse (Peromyscus leuco-

pus), in small fragments. This mouse has been observed to dominate small mam-

mal communities in forest fragments relative to continuous forest (Nupp and

Swihart 1998)—and because the white-footed mouse is the most competent host

for the Lyme disease pathogen, this means that in forest fragments there are

likely to be more tick meals taken from white-footed mice and, ultimately, a

higher proportion of nymphal ticks infected with the pathogen. Smaller forest

patches probably support larger populations of white-footed mice because of this

species’ tolerance for declines in patch area, and because predators and competi-

tors tend to be less common in small forest patches. The implication is that hu-

mans who live near small forest fragments may have an enhanced risk of expo-

sure to Lyme disease relative to those near large forest fragments (B. Allan,

Keesing, and Ostfeld 2003).

A similar study performed in Connecticut by a di¤erent research group com-

pared tick density, tick infection prevalence, and the incidence of Lyme disease in

humans in relation to deciduous forest fragmentation (Brownstein et al. 2005).

Forest fragmentation was described using patch size and isolation measures ob-

tained from satellite imagery. The researchers also sampled 30 field sites for ticks

and summarized human cases for each town in Connecticut. They observed pos-

itive relationships between tick density and forest fragmentation, as well as be-

tween tick infection prevalence and fragmentation. But in contrast to the results

from the previous study (B. Allan, Keesing, and Ostfeld 2003), Brownstein et al.

(2005) found that the number of human cases was negatively, rather than posi-

tively a¤ected by fragmentation. In other words, more human cases were re-

corded in the towns with more continuous forest. Because both studies showed

higher tick densities and infection rates in fragmented forests, why did they

di¤er in their observed patterns of human cases? One reason may be that the

measurements were not identical, so the disparity could be due to variation in the

sampling methods. It could also be that patterns of residential development or

human behavior di¤er in subtle ways between these two landscapes, and that is

suªcient to cause di¤erences in the incidence of Lyme disease. However, it

seems safe to conclude from both sets of studies that tick density and tick infec-
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tion prevalence are higher in fragmented landscapes, having at least the poten-

tial to enhance the human risk of exposure to Lyme disease significantly.

West Nile Virus

West Nile virus (WNV) is an arthropod-borne virus (arbovirus) that causes en-

cephalitis in humans, potentially resulting in permanent neurological damage or

death. Like Lyme disease, WNV is a vector-borne disease that resides in multiple

host species, so it is reasonable to expect that its prevalence may be a¤ected by

host diversity via the dilution e¤ect. However, at least three ecological di¤erences

between the two disease systems are worth noting: (1) WNV is transmitted by

mosquitoes rather than ticks, (2) the pathogen is a virus rather than a bacterium,

and (3) the main hosts are birds rather than mammals.

Ezenwa et al. (2006) conducted field studies in southern Louisiana in a land-

scape comprised of small forest fragments of loblolly pine (Pinus taeda) and wet-

lands. They gathered data from two di¤erent spatial scales to examine links be-

tween host diversity and the human risk of WNV. First, they sampled six field

sites to measure both mosquito infection with WNV and avian species richness.

Second, they gathered data on human WNV cases and avian species richness for

all the counties in Louisiana that had reported human cases of this illness. Their

results strongly conformed to the dilution e¤ect: mosquito WNV infection rates

were negatively associated with the species richness of non-passerine birds (fig.

8.1b), and the number of human cases per county was similarly negatively asso-

ciated with the richness of non-passerine species. The significant relationship

with non-passerine species was expected in this study, since these birds are

thought to be relatively incompetent reservoirs for the pathogen, which is a pre-

requisite for the dilution e¤ect (Ostfeld and Keesing 2000b). Although Ezenwa et

al. did not directly explore links between landscape change and avian species

richness, the implication is that habitat loss and fragmentation would likely re-

duce species richness and thereby increase WNV risk. Another study of WNV
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Figure 8.1. (opposite) Evidence for a dilution e¤ect for three di¤erent disease systems. 

(a) The density of tick nymphs infected with Borrelia burgdorferi versus forest fragment

area for 14 fragments in Dutchess County, New York. Figure redrawn from B. Allan,

Keesing, and Ostfeld (2003). (b) The prevalence of mosquitoes infected with West Nile

virus versus non-passerine bird species richness for six study sites in southern Louisi-

ana. Figure redrawn from Ezenwa et al. (2006). (c) The total foliar fungal pathogen load

across the plant community versus plant species richness for experimental grassland

plots in Minnesota. Figure redrawn from Mitchell, Tilman, and Groth (2002).



along an urban gradient in Georgia found a weak but positive correlation be-

tween WNV prevalence in wild birds and the amount of urban/suburban land

cover (S. Gibbs et al. 2006). These results similarly suggest that WNV risk may be

greater in areas of lower bird diversity, since bird diversity typically declines in re-

lation to urbanization.

In addition to the risk imposed by WNV for humans, the virus is also fatal for

many bird species. LaDeau, Kilpatrick, and Marra (2007) analyzed 26-year popu-

lation trajectories of 20 North American bird species and found that seven of the

20 species (including the eastern bluebird, American robin, and American crow)

have declined significantly since the first reported WNV outbreak in New York in

1999. They suggested that, similar to the mass mortalities experienced by Hawai-

ian birds due to avian malaria or by amphibians that su¤er from chytridiomyco-

sis, WNV may pose a significant impact to diverse groups of birds throughout

North America. Moreover, the shifts in bird community composition driven by

the disease have the potential to engender positive feedbacks to WNV prevalence

and subsequently enhance the risk to humans. Specifically, if primarily incom-

petent hosts are killed by the virus, then the relative abundance of competent

hosts may increase, further increasing the prevalence of WNV.

Foliar Pathogens

Changes in plant community structure may a¤ect pathogen prevalence in plants,

but a vital factor in determining the direction of the relationship between plant

species richness and pathogen prevalence may be whether the pathogens are spe-

cialized to a few species or are generalist pathogens that can infect a wide variety

of plants (Mitchell and Power 2006). Because of variation among plant species in

their susceptibility to pathogens, higher-diversity plant communities may reduce

overall pathogen loads. For example, Mitchell, Tilman, and Groth (2002) studied

specialist foliar fungal pathogens in experimentally created, perennial grassland

communities in Minnesota and found evidence for the dilution e¤ect. In species-

poor communities (1–4 species), pathogen loads across the entire plant com-

munity were almost three times higher than in species-rich (12 or 24 species)

communities (fig. 8.1c).

The proposed mechanism for this result was as follows: because specific

pathogens tended to a¤ect only a few plant species within the community, an in-

crease in the relative abundance of a particular host plant species in species-poor

communities meant that there were more host individuals available to be in-
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fected by the pathogens that occur on that species. Simply stated, highly diverse

communities had lower abundances of each host species, thereby reducing the

spread of specialist pathogens that depend on the density of their respective

hosts. In this manner, the observed e¤ects were driven by changes in host den-

sity, rather than in diversity per se. The dynamics of the dilution e¤ect di¤er

slightly in this system from that observed for Lyme disease, since these plant

pathogens were relatively specialized on particular host species, while the Lyme

spirochete is a generalist pathogen. However, because the white-footed mouse is

the most competent reservoir host for Lyme disease, the increase in relative

abundance of this host in species-poor communities is analogous to the increase

in relative abundance in species-poor plant communities of a particular host

plant for a pathogen that is specialized on that species.

changes in landscape connectivity

Despite previously discussed concerns regarding the potential for increases in

disease transmission via conservation corridors, I know of no field studies in

which such e¤ects have been documented directly. There are, however, examples

where populations may escape disease outbreaks by virtue of their isolation, or

where management decisions may bring novel pathogens in closer contact with

susceptible plant or animal populations. My research group has observed the first

phenomenon, in which isolated populations are relatively safe from disease out-

breaks, in our collaborative studies of plague (Yersinia pestis), which is transmit-

ted among mammalian hosts by fleas in grasslands in the western United States.

Black-tailed prairie dogs (Cynomys ludovicianus) are particularly susceptible to

plague and typically su¤er greater than 90% mortality in a¤ected colonies. We

analyzed two long-term data sets of prairie dog colony die-o¤s due to plague, one

from Boulder County, Colorado, and the other from Phillips County, Montana

(Collinge et al. 2005). In both study areas, plague occurrence over the past 20

years was more likely on spatially-clustered colonies than in more isolated

colonies (fig. 8.2). Colonies that were farther from plague-positive colonies were

less likely to be exposed to plague than colonies closer to plague-positive ones.

However, we do not know whether, in these isolated prairie dog populations, the

benefit from escaping disease outweighs the costs of reduced immigration. Fur-

ther, our analyses showed that colonies near landscape features, including roads,

streams, and reservoirs, were less likely to experience plague outbreaks than

colonies that were not surrounded by these features. One hypothesis to explain
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this result is that roads, streams, and reservoirs may serve as barriers to the

movement of prairie dogs or other hosts, thereby limiting pathogen spread.

Isolated populations may escape their natural enemies, including parasites,

since successful parasitism requires parasites or parasitoids to locate their hosts,

which may be more diªcult in fragmented landscapes. Kruess and Tscharntke

(1994) investigated the interaction between parasitoids and hosts in fragmented

habitat by establishing a field experiment with planted patches of red clover (Tri-

folium pratense) in an agricultural landscape. The researchers placed five 1.2 m2

clover patches within naturally occurring meadows that contained red clover, and

13 equally-sized “clover islands” at locations ranging from 100 to 500m from nat-

urally occurring meadows. They examined the abundance of endophagous in-

sects (herbivorous insects that feed within plant tissue, including seed-feeders

and stem borers), as well as species richness and the rates of parasitism of the

herbivores by small parasitic wasps. The more isolated clover patches (those lo-

cated farther from the naturally occurring meadows) had a lower abundance of
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Figure 8.2. The occurrence of plague caused by Yersinia pestis in black-tailed prairie dog

(Cynomys ludovicianus) colonies in Boulder County, Colorado, and Phillips County,

Montana. Isolation was measured as the distance (in meters) to the closest plague-

positive colony. Plague-negative colonies were significantly farther from plague-positive

colonies than were other plague-positive colonies in both study areas, suggesting that

plague outbreaks are spatially clustered and that isolated colonies are less likely to be

exposed to plague. Redrawn from Collinge et al. (2005).



herbivorous insects than did clover patches near meadows, suggesting that her-

bivore migration to distant patches was limited. The diversity of parasitoids and

the rates of parasitism on herbivores declined even more precipitously with iso-

lation. The net result was that herbivores were essentially able to escape their nat-

ural enemies in isolated habitats, which implies that biological control of pest

species may be less e¤ective in this type of habitat. The authors suggested that

secondary consumers, such as parasitoids, may be more vulnerable to habitat iso-

lation than primary consumers, such as herbivores, because parasitoid popula-

tions depend on the successful establishment of herbivore (host) populations.

They argue that this has broader implications for ecology: “Food chains should

be shorter in small islands than in larger habitats” (p. 1584).

Actions taken in the context of forestry, fisheries, livestock management, or

wildlife management may alter landscape connectivity in ways that may a¤ect the

spread of pathogens or parasites. For example, the movement of infected sheep

and cattle among distant farms, markets, and slaughterhouses was largely re-

sponsible for the spread of foot-and-mouth disease in the United Kingdom in

2001. The epidemic ultimately reached most of the country and resulted in the

culling of hundreds of thousands of sheep, cattle, goats, pigs, and deer, with an

economic impact of over eight billion U.S. dollars (Kao 2002). The outbreak

would have been much more localized if humans had not moved these animals

so rapidly. Further, many new problematic plant pathogens, such as sudden oak

death in California, have emerged as a result of the global transport of forest

products, which is essentially an issue of increasing connectivity among other-

wise isolated geographic realms.

The continued spread of novel pathogens, once established in a new place,

may depend significantly on landscape features such as roads and river corridors,

as well as spatial characteristics such as habitat area, isolation, and landscape

context. Those who study the epidemiology of plant diseases, following the lead

of animal disease ecologists, are now turning to broader spatial scales and using

tools from landscape ecology and metapopulation biology to address patterns of

the spatial spread of pathogens across landscapes (Holdenrieder et al. 2004). As

is the case for many animal diseases, Holdenrieder et al. suggest that there are

two outstanding questions for broad-scale plant pathology. How does landscape

connectivity a¤ect pathogen spread? And can the advantages of connectivity for

maintaining populations and communities be outweighed by its potentially dis-

advantageous pathological e¤ects?

Two examples of the spread of plant pathogens in heterogeneous landscapes

relate directly to functional landscape connectivity. Perkins and Matlack (2002)
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analyzed the spatial distribution of forest types in and among pine plantations

within a matrix of agricultural land in the southeastern United States. Loblolly

(Pinus taeda) and slash pine (P. elliottii) were historically restricted to water-

courses, so these species were connected within watersheds but were relatively

isolated between them. Plantation forestry using these two species has expanded

their range into upland areas, so that stands are now in much closer proximity

(an average distance of 35m) than they were historically (at 600–900m). Loblolly

pine in particular is susceptible to fusiform rust (Cronartium quercuum), and oaks

(Quercus spp.) are the alternate host for C. quercuum. This alternate host also 

occurs within most pine plantations. Hence modern forestry practices have

changed the spatial juxtaposition of pine and oak stands—and reducing the dis-

tance between the two kinds of stands has increased the functional connectivity

and the ease of spread for this pathogen.

In northern California and Oregon, another more problematic, non-native

pathogen colonizes the roots of Port Orford cedar (Chamaecyparis lawsoniana),

which typically grows in riparian areas. The root rot, caused by Phytophthora lat-

eralis, is fatal to these trees (Jules et al. 2002). The authors reconstructed the spa-

tial and temporal spread of this pathogen using tree cores, and they found that

most of the infection events originated from dirt roads that crossed creeks. Vehi-

cle traªc apparently facilitated the spread of this disease, since the large vehicles

associated with timber harvests along these frequently muddy roads carry or-

ganic material, and probably fungal spores, from place to place. Foot traªc also

appeared to enhance the spread of the pathogen at local scales. Thus the changes

in landscape connectivity created by the road network in this landscape served to

increase the spread of a non-native pathogen.

Similarly, in the animal realm, an unanticipated change in connectivity

among salmon farms and marine fjords enhanced the probability of parasite in-

fection in migrating wild salmon (McVicar 2004; Krkošek, Lewis, and Volpe 2005;

Krkošek et al. 2006). Sea lice (Lepeophtheirus salmonis) are copepod (small crus-

tacean) ectoparasites of salmonids that are directly transmitted among individu-

als; their life cycle has a free-living larval stage and parasitic juvenile and adult

stages. The establishment and expansion of salmon farms (one form of marine

aquaculture), particularly in British Columbia, Canada, has enhanced the spread

of sea lice from farmed to wild salmon. This has occurred because the migrating

juveniles must swim through narrow fjords on the first 80 km or so of their out-

bound journey to the Pacific Ocean, and, en route, they pass in rather close prox-

imity to salmon farms. These juvenile wild salmon (who are free of sea lice un-

der natural conditions) are thus exposed to adult farmed salmon that are infected
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with the lice (Krkošek, Lewis, and Volpe 2005; Krkošek et al. 2006). These salmon

farms are point sources of sea lice, which greatly increases the probability that the

migrating juveniles will become infected. The overall population impacts of sea

lice infestations of wild salmon have not yet been quantified, but given the high

rates of infection and mortality in wild salmon, there is likely to be some impact

on populations (Hilborn 2006). It’s just another reason to say no to farmed

salmon (fig. 8.3)!

Wildlife populations living in protected areas may be exposed to pathogens

and parasites through their spatial proximity to infected domestic animal hosts

living on reserve boundaries. For example, several species of carnivores in the

Serengeti ecosystem of northern Tanzania have been severely a¤ected by out-

breaks of diseases that originated with domestic dogs along the borders of the

protected area. Domestic dogs serve as reservoirs for rabies virus, canine dis-

temper virus, and canine parvovirus, and these pathogens have been especially

harmful to wild dogs (Lycaon pictus) and lions (Panthera leo) (Packer et al. 1999;

Cleaveland et al. 2000, 2007; Woodro¤e 2001; Vial et al. 2006). The borders be-

tween protected areas and human settlements are relatively fluid in this region—
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Figure 8.3. A seafood shop on Salt Spring Island, one of the Gulf Islands near Vancouver,

British Columbia, Canada. Photo by S. K. Collinge.



there are few fences, and wildlife often move beyond reserve boundaries—so the

most e¤ective solution appears to be vaccinating domestic dogs for rabies and ca-

nine distemper (e.g., Vial et al. 2006) to prevent the spillover of pathogens to wild

hosts.

If this is a topic of interest, there are several additional examples of disease

spread related to landscape spatial configuration and functional connectivity that

would reward a more detailed exploration. These cases pose particular challenges

to conservation biologists and land managers and include Sin Nombre virus in

Canada (Langlois et al. 2001), brucellosis in bison and elk in Yellowstone National

Park (Dobson and Meagher 1996), bovine tuberculosis in Britain (Woodro¤e et

al. 2005), the spread of rabies in the eastern United States (Real and Childs 2006),

the emergence of Nipah virus in Indonesia (Daszak et al. 2006), and infectious

diseases transported by the wildlife trade (Fèvre et al. 2006).

habitat degradation

Thus far, this chapter has examined how shifts in community composition and

changes in landscape connectivity may influence the prevalence of parasites and

pathogens. It now turns to a third mechanism by which landscape change may

influence pathogen and parasite occurrence—through shifts in habitat charac-

teristics as a result of human activities. As discussed at length previously (see

chapter 5), di¤ering landscape contexts may profoundly a¤ect species and com-

munities living within native habitat remnants. For example, wetlands, estuaries,

forests, or grasslands that are situated in landscapes with high-intensity agricul-

ture, forestry, or urbanization will undoubtedly experience di¤erent inputs and

disturbances compared to those same habitat types in a relatively undisturbed

landscape. The e¤ects of landscape context may be especially acute for aquatic

systems, since both the physical and biological characteristics of these systems

are largely a¤ected by the composition of land cover and land uses in the sur-

rounding watershed. This section presents several examples where habitat degra-

dation due to changes in land use or landscape spatial configuration a¤ects the

occurrence of pathogens or parasites.

One of the most comprehensive studies of land use change and disease risk

comes from northern Belize, where Eliska Rejmánková and colleagues have stud-

ied the links between agricultural fertilization and the risk of exposure to malaria

(Rejmánková et al. 1996, 1998, 2006). To divulge the punch line first, the fertil-

ization of sugarcane fields leads to changes in wetland vegetation, which in-

creases the amount of suitable habitat for the mosquito species that is the supe-
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rior vector for malaria, thereby increasing the risk of human exposure to malaria.

Each of the links in this chain of events has been carefully studied, and here’s

how it works. Two major types of herbaceous wetlands exist in northern Belize:

on low-nutrient soils, wetlands are occupied by short, sparse vegetation, domi-

nated by the rush Eleocharis spp. (Juncaceae), with floating cyanobacterial mats

interspersed with the herbaceous vegetation; and on high-nutrient soils, wet-

lands are characterized by tall, dense macrophytes, dominated by the cattail Ty-

pha domingensis (Typhaceae). Adult mosquitoes in the genus Anopheles are pri-

mary malaria vectors worldwide; in Belize, A. albimanus and A. vestitipennis are

two key species in this disease system, but A. vestitipennis is the more compe-

tent vector. Larval A. albimanus occur primarily in Eleocharis (short, sparse)

marshes, and larval A. vestitipennis occur primarily in Typha (tall, dense) marshes

and swamp forests. Sugarcane agriculture involves the input of nitrogen- and 

phosphorus-containing fertilizers, which enrich the surface waters of wetlands.

This causes a shift in plant species composition from Eleocharis-dominated wet-

lands to Typha-dominated wetlands. Rejmánková et al. (2006) used GIS analyses

to show that Typha cover in wetlands was positively related to the amount of agri-

cultural land in the surrounding uplands. With more Typha-dominated wetlands,

there are more A. vestitipennis mosquitoes. Hence the close proximity of wetlands

to agricultural fields ultimately increases the risk of human exposure to malaria.

Although malaria is not a major cause of human mortality in Belize, these results

are likely to apply to other regions where malaria remains problematic.

The intensive nutrient fertilization associated with agricultural practices may

ultimately a¤ect vertebrate populations as well, mediated by complex interac-

tions among other members of aquatic food webs. Recent evidence suggests that

the eutrophication of ponds and wetlands due to agricultural or livestock activi-

ties may be responsible for limb malformations in amphibians. Amphibian biol-

ogists have been particularly perplexed by the dramatic increase in observations

of severe amphibian limb malformations (extra limbs, missing limbs, or mal-

formed limbs) in North America since the 1990s (P. Johnson et al. 2002; P. John-

son and Chase 2004). Deformed animals rarely survive to sexual maturity, and

high levels of such malformations are expected to threaten population viability

(Blaustein and Johnson 2003). As with the malaria example above, this phenom-

enon involves a rather complex chain of events. P. Johnson and Chase (2004) ar-

gued that evidence from across North America supports the following scenario:

nutrient-rich runo¤ from agricultural fields or livestock pastures has caused the

eutrophication of ponds and wetlands, with subsequent increases in planorbid

(Planorbidae) snails, which function as intermediate hosts for the trematode 
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parasite Ribeiroia ondatre. The increased abundance of Ribeiroia then results in

higher parasite abundance in amphibians, and higher infection levels lead to

more limb malformations (fig. 8.4). Although the cause of limb malformations

has not been definitively determined in every case, mounting evidence supports

the Ribeiroia hypothesis. P. Johnson and Chase (2004) built a convincing case for

Ribeiroia as the culprit by showing a significant positive relationship between

malformation frequency and Ribeiroia infection levels for 11 species of frogs and

toads within 56 populations from California, Oregon, Washington, Minnesota,

and Wisconsin. The causal link between nutrient inputs to freshwater and

Ribeiroia infections of amphibians was persuasively demonstrated in recent ex-

perimental studies with field mesocosms (P. Johnson et al. 2007). Both the den-

sity of intermediate hosts (planorbid snails) and the per-snail production of

Ribeiroia infective stages (cercariae) increased in high-nutrient mesocosms com-

pared to low-nutrient ones, and Ribeiroia infection in frogs (Rana clamitans) was

correspondingly higher in high- versus low-nutrient mesocosms. Moreover, am-

phibian infection is simultaneously influenced by the activity of frog-eating

birds, which act as the parasite’s definitive host, further highlighting the complex

relationships among environmental conditions, host interactions, and parasite

abundance.

Activities associated with urbanization, as well as those involving agriculture,

may import higher nutrient loads into surface waters, with consequences for

aquatic parasites and pathogens. In two related studies, amphibians in wetlands

along urban gradients in the northeastern United States were screened for limb

malformations (B. Taylor et al. 2005) and for parasites (Skelly et al. 2006). B. Tay-

lor et al. (2005) surveyed frogs in 42 wetlands in northern Vermont for evidence

of limb malformations in relation to wetland landscape context. In this study,

higher rates of amphibian malformation were associated with the close proxim-

ity of wetlands to agricultural fields and lawns. Despite this clear pattern and log-

ical causal link to nutrient runo¤ and eutrophication, these researchers found no

evidence for infection by Ribeiroia ondatrae. They speculated that an agricultural

pollutant, rather than Ribeiroia, may have been the direct cause of developmen-

tal malfunctions within the amphibians. In a second study, this time of two

groups of parasitic trematodes (echinostomes and Megalodiscus) that infected two

species of amphibian hosts, Skelly et al. (2006) detected no significant relation-

ship between the amount of urbanization surrounding 60 sampled wetlands in

Connecticut and parasite prevalence. Three of the wetlands that were sampled,

however, had extremely high infection intensities of one of the parasites (echi-

nostomes) on one of the hosts (green frog, Rana clamitans); these three wetlands
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were also surrounded by highly urbanized uplands and had the highest snail den-

sities of any of the wetlands sampled. As with Ribeiroia, snails are intermediate

hosts for the echinostome parasite, so it makes sense that snail abundance was

positively correlated with frog infection.

A final example of habitat degradation and parasitism in amphibians comes

from a field study of wetlands in forests and pastures in the lowlands of Costa

Rica. McKenzie (2007) surveyed three species of frogs and their parasites, both in

water bodies situated within intact forests and in those in nearby cattle pastures

that had been cleared of forest. The rates of parasitism by the majority of para-

sites, as well as parasite species richness in one of the frog species, were higher

in pasture wetlands than in forest wetlands. As noted above, the likely explana-

tion is that changes in water quality, in particular nutrient enrichment, within

cattle pastures relative to forests positively influenced the rates of amphibian par-

asitism.

In marine as well as freshwater systems, water quality is strongly influenced
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Figure 8.4. Top: Limb malformation in Rana pipiens. Bottom: Infective stage (meta-

cercariae) of the suspected causative agent, Ribieroia ondatrae. The anterior end is to 

the left in the photo. Photos courtesy of Pieter T. J. Johnson.



by land uses and by the land cover of watersheds that drain into rivers that ulti-

mately reach the ocean. Southern sea otters (Enhydra lutris nereis) in California

were undergoing a promising population recovery during the past several de-

cades after being overharvested in the 19th and early 20th centuries. In the late

1990s, however, this recovery stalled, with actual population declines between

1996 and 2002. Researchers autopsied dead sea otters and found that the proto-

zoan parasite Toxoplasma gondii occurred in 52% of dead sea otters (M. Miller et

al. 2002, 2004; Jessup et al. 2004; Conrad et al. 2005). Toxoplasma gondii’s defini-

tive hosts are felids, and it is suspected that domestic cats may contribute to the

high prevalence of infection in sea otters, due to issues of landscape context. Sea

otters sampled near areas of high freshwater runo¤ exhibited a three-fold in-

crease in the presence of antibodies (seropositivity) to T. gondii, as compared to ot-

ters sampled in areas that were more distant from these possible sources of in-

fection (M. Miller et al. 2002). Cat feces may be entering marine systems at these

maximal runo¤ areas and concentrating these sources of infection for the sea ot-

ters. It is not yet clear whether T. gondii or other parasites that a¤ect sea otters,

such as Sarcocystis neurona (whose definitive host is the opossum), are severe

enough to regulate populations of sea otters, but the potential exists for their im-

pacts to reverberate throughout these nearshore marine communities. Because

sea otters play a keystone role in these ecosystems by controlling the abundance

of kelp-eating sea urchins, population declines due to infectious disease and par-

asites are likely to a¤ect the integrity of kelp forests in these systems (Collinge,

Ray, and Cully 2008).

Other nearshore marine communities may su¤er from unanticipated conse-

quences of nutrient-rich runo¤. Several coral disease outbreaks have been re-

ported in the Florida Keys, Mexico, and other parts of the Caribbean, starting in

the 1990s (Porter et al. 2001); this has the potential for enormous impacts on

these valuable ecosystems. One of these pathogens, Aspergillus sydowii, is a soil

fungus that has caused severe die-o¤s of the sea fan Gorgonia ventalina in the

Florida Keys (Harvell et al. 1999). It has not yet been possible to forge direct links

between the source(s) of A. sydowii and the sites of sea fan infection, but hy-

potheses consider either runo¤ from terrestrial systems or the deposition of ae-

olian dust as possibilities (Kim and Harvell 2004). Moreover, nutrient enrich-

ment may play a role in the local severity of pathogen infection on sea fans. In a

field experiment in the Yucatan Peninsula of Mexico, Bruno et al. (2003) showed

that fertilized sea fans experienced increases in the severity of A. sydowii infec-

tion compared to unfertilized sea fans. The authors suggested that, although nu-

trient enrichment is not the likely cause of the overall epidemic of aspergillosis,
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localized nutrient enrichment may explain some of the local spatial variation in

sea fan infections. They also postulated that nutrient input from human sources

may exacerbate the spread of this now-established disease. Through both field

and laboratory experiments, Voss and Richardson (2006) observed similar links

between nutrient enrichment and the severity and spread of black band disease

in massive starlet coral (Siderastrea siderea).

To give a quick example from a terrestrial system, Mackelprang, Dearing, and

St. Jeor (2001) observed a higher prevalence of Sin Nombre virus (SNV, a han-

tavirus) infection in deer mice (Peromyscus maniculatus) in shrublands in central

Utah that had been disturbed and degraded by o¤-road vehicles. In their surveys,

the authors found that SNV infection in deer mice, the primary host, was three

times greater than that found in other studies of deer mice in more intact land-

scapes. They hypothesized that o¤-road vehicle use has compacted soils, re-

moved vegetation, and produced more dirt roads, all of which favor the more gen-

eralist deer mouse. With higher densities of deer mice, the authors speculate that

higher transmission rates of SNV have led to overall higher levels of SNV preva-

lence.

increased host susceptibility

Stress-Related Responses

A fourth way in which habitat loss, isolation, and degradation may influence par-

asites and pathogens is by promoting stress and food limitation in host popula-

tions, thus rendering them more susceptible to parasitism or pathogens. For in-

stance, several studies have documented the increased prevalence of a collection

of gastrointestinal parasites in primates occupying forest fragments and selec-

tively logged forests, as compared to those in undisturbed forest, in western

Uganda (Gillespie, Chapman, and Greiner 2005; Chapman, Speirs, et al. 2006;

Chapman, Wasserman, et al. 2006; Gillespie and Chapman 2006; Salzer et al.

2007). Surveys for parasites in fecal samples of red-tailed guenons (Cercopithecus

ascanius), red colobus monkeys (Pilocolobus tephrosceles), and black-and-white

colobus monkeys (Colobus guereza) revealed that parasite prevalence was higher

in logged versus undisturbed forests for red-tailed guenons, but not for the two

colobine species (Gillespie, Chapman, and Greiner 2005). For both the red and

the black-and-white colobus, however, the proportion of individuals with multi-

ple parasite infections was greater in forest-edge than forest-interior primate

groups (Chapman, Speirs, et al. 2006). There were no di¤erences in nematode

parasite prevalence among the endangered red colobus monkey in nine forest



fragments that ranged in size from 1.2 to 8.7 ha (Gillespie and Chapman 2006).

In that study, tree stump density, which was an index of human use and there-

fore habitat disturbance or degradation, explained the greatest amount of vari-

ance in parasite prevalence. Recent population declines of red colobus in forest

fragments appear to be due primarily to lower food availability, but poor nutrition

also enhanced the rates of parasite infection (Chapman, Wasserman, et al. 2006).

Two additional intestinal parasites, Cryptosporidium spp. and Giardia spp. (both

protozoa), infected red-tailed guenons and red colobus monkeys in three highly

disturbed fragments, but these parasites were absent from undisturbed forests.

Protozoal infection was not detected in black-and-white colobus monkeys from

these sites (Salzer et al. 2007). Taken together, these comprehensive studies of

parasites within the same study system convincingly demonstrate that habitat

disturbance and degradation influence parasite prevalence in two of the three

monkey species studied. These results for the red colobus monkey are of partic-

ular concern, since it is a rare species undergoing population declines.

Increased animal densities and heightened parasitic infections have also been

observed in response to intentional wildlife management practices. Ezenwa

(2004) reported the results of a survey of gastrointestinal parasites of impala

(Aepyceros melampus) in five protected game reserves in Kenya. Parasitism by gen-

eralist, strongyle nematodes of impala increased in small fenced reserves that

also had a high diversity of native bovids, such as bu¤alo, waterbuck, eland, and

bushbuck. Both reserve size and bovid diversity may have a¤ected impala para-

sitism by enhancing transmission as well as susceptibility. Although behavioral

and physiological responses of impala were not measured in this study, Ezenwa

(2004) speculated that reserve size could indirectly a¤ect host infection risk by 

restricting movement, reducing resource availability, or disrupting impala so-

cial structure, all of which may induce stress and compromise the immune re-

sponses of impala.

Increased disease transmission may occur within populations whose densi-

ties have been artificially increased as a result of human activities. For example,

the infection rates of chronic wasting disease (CWD) in mule deer (Odocoileus

hemionus) in north-central Colorado were twice as high in herds near human set-

tlements as in herds that were farther away from them (Farnsworth et al. 2005).

Chronic wasting disease is caused by an infectious protein (a prion, similar to

“mad cow disease”) that has received increasing attention in North America over

the past 20 years, with particular concerns for the risk of transmission to humans

via the consumption of infected meat. Although the exact mechanism for the in-

crease in CWD prevalence near developed areas is not known, the authors sug-
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gested that human development may have concentrated the deer into smaller ar-

eas, resulting in increased pathogen transmission in two ways. Food provision-

ing near settlements could have increased local deer densities, and development

could have eliminated suitable deer habitat, forcing the same number of deer

into smaller and smaller areas. Further, hunting pressure is typically reduced im-

mediately adjacent to human settlements in this region, which could result in a

longer adult lifespan of deer and a lengthier infectious period.

Loss of Genetic Variation

Habitat loss and isolation may cause declines in population size, ultimately lead-

ing to reduced genetic variation. Because genetic variability may enable the evo-

lution of resistance to parasites and pathogens, limited genetic variation may

limit the adaptability of populations. To test this hypothesis, Field et al. (2007)

surveyed parasites of genetically-characterized earthworm (Lumbricus terrestris)

populations occupying urban habitat fragments in northwestern Germany,

within the city of Münster. They hypothesized that habitat loss and fragmenta-

tion in this urban setting would lead to small, genetically depauperate popula-

tions that would exhibit a lower resistance to parasite attack. They measured in-

fection by sporocysts of the gregarine parasite Monocystis spp. (Apicomplexa or

Sporozoa) in earthworms collected from habitat patches ranging in size from

0.29 to 2.14 ha (large patches) and from 0.018 to 0.078 ha (small patches). These

protistan parasites (close relatives of Toxoplasma and Plasmodium) are about 0.5

mm long and infect the internal organs of earthworms. Contrary to expectations,

earthworm genetic variability did not vary systematically with fragment size, nor

did earthworm parasite loads. The authors suggested that perhaps the sampled

areas had not been isolated long enough for genetic change to occur and convey

resistance. It may also be that the range of fragment sizes was too small to detect

changes in genetic variation and parasite infection rates among earthworm pop-

ulations.

synthesis

Collectively, the studies reviewed here show that changes in landscape spatial

configuration can and do influence the prevalence of parasites and pathogens

through modifications in species composition, shifts in landscape connectivity,

the degradation of habitats (especially aquatic ones), and increased host suscep-

tibility. More than one of these mechanisms can act simultaneously to produce
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an undesired outcome—for example, habitat degradation appears to alter aquatic

food webs and increase the infection of frogs by Ribeiroia ondatrae.

There is a clear message that for many organisms that humans find creepy

and crawly, abundance increases either as an indirect outcome of landscape frag-

mentation, or as a direct result of practices associated with land conversion, such

as agriculture or forestry. Bradley and Altizer (2007) concluded that the e¤ects of

urbanization on wildlife disease emergence are likely to di¤er from the e¤ects 

of forest fragmentation or agricultural intensification, because “the extreme

changes that accompany urbanization probably cause declines or losses of most

wildlife species and their associated parasites” (p. 101). Although there is some

evidence presented in this chapter that urbanization may influence pathogen and

parasite prevalence, most of these studies were conducted in relatively low-

density, suburban-style developments rather than in high-density urban centers

such as Shanghai or Nairobi. The relationships between biodiversity and disease

prevalence in urban centers await further study.

A related message that emerges from these studies is that there is a strong but

under-appreciated link between biological diversity and human health. Observed

relationships between species richness and pathogen prevalence in several im-

portant disease systems reveal another vital ecosystem service for the well-being

of humans—that healthy human populations are critically dependent on the low-

ered disease risk provided by species-rich biological communities.

The emergence of interdisciplinary fields of study, such as conservation med-

icine, that has been stimulated by the increased prevalence of diseases worldwide

o¤ers promising opportunities for collaborative research into the causes and con-

sequences of disease emergence. These interdependent research e¤orts promote

an understanding of disease-related processes across such fields as medicine,

ecology, epidemiology, and parasitology, and o¤er the hope that they can provide

creative strategies for the management of and intervention for emerging diseases

in humans, wildlife, forests, and agricultural crops.
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Modeling

All models are wrong, but some models are useful.

—George E.P. Box and Norman R. Draper (1987)

Models can be somewhat intimidating to the uninitiated ecologist, because they

often involve some complex mathematical equations. But a model in its simplest

definition is just an abstraction of reality. We all know that a toy car is a model of

a real car, but because children are not big enough to drive real cars, we give them

less dangerous forms of vehicles that don’t have accelerators. And a map is a

model or representation of a place on the Earth, but obviously it doesn’t contain

all of the components of the real place. Models in general are central to scientific

inquiry; in particular, ecological models craft abstractions of ecological reality. Be-

cause the natural world is infinitely complex, we can begin to understand it by

creating models that pare down its overwhelming complexity into pieces and

parts that we attempt to manipulate and comprehend.

In the case of understanding fragmented landscapes, there is an enormous va-

riety of spatial and temporal patterns of landscape change. They occur at multi-

ple scales and strongly a¤ect the ecological systems that we study. We basically

have three choices if we want to learn more about these systems: (1) we can con-

duct observational studies of existing conditions, (2) we can perform manipula-

tive experiments that attempt to isolate the causes of particular responses, and 

(3) we can construct models in which we manipulate variables under a variety

of conditions and examine the outcomes. Observational studies are a necessary



starting point, but they often fail to reveal the mechanisms for responses (see

chapter 3). Fragmentation experiments may uncover mechanisms, but they are

often logistically difficult and time consuming (see chapter 4), and it may even be

unethical and detrimental to perform them. Hence many ecological studies have

turned to mathematical models to estimate or simulate the e¤ects of spatial vari-

ation in landscape structure and examine its consequences. For example, many

metapopulation models reveal how di¤erent rates of migration a¤ect metapopu-

lation persistence, and null landscape models provide researchers with the op-

portunity to vary the amount and spatial arrangement of habitats in cyberspace

and examine the movement and persistence of model organisms. These model-

ing e¤orts often provide insights that are useful in guiding empirical studies and

in suggesting potentially important variables that would only be discovered after

years or decades of intensive field study.

Ecological modeling allows us to test and refine theory and see what is possi-

ble—what can happen under certain conditions, but not necessarily what does

happen in the world outside. Models are meaningful heuristic tools, in that they

can help to further guide investigation by revealing critical data gaps or potential

mechanisms underlying responses. Most relevant to the current topic is that we

are often interested in ecological responses to landscape change, which typically

occur at a broad spatial scale and over long periods of time. Thus exploring the

e¤ects of landscape configuration often requires the use of models, because it is

impossible to perform manipulations in the field at the temporal and spatial

scales relevant to studying these e¤ects.

Ecological models are often misunderstood by empirical ecologists. Many

hard-core field ecologists are often skeptical of models because they do not report

the results of “real” observations of “real” organisms. And many simplifying as-

sumptions must often be made in order to keep the models from becoming un-

manageable. However, models are not built in a vacuum. They are based on field

observations, but they allow the examination of a variety of conditions and possi-

bilities for interactions among factors. As field ecologists, perhaps we are envi-

ous that modelers don’t have to struggle to collect data from real organisms, so

they can perform analyses and publish papers without enduring the pelting rain-

storms or searing heat or foul smells sometimes encountered during field work.

That is probably partly true, but in my collaborations with modeling experts, I

have been surprised to learn that it isn’t as easy as empiricists think to build

mathematical models that actually work. Creating a model that simulates reality

in a reasonable way is often challenging. Levins (1966) suggested that models in

population biology must make tradeo¤s between realism, precision, and gener-
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ality; no single model could maximize all three goals simultaneously. So there are

many decisions that must be made in constructing a model to achieve the opti-

mal combination of those three corners of the triangle. “All models are wrong,

but some models are useful” (Box and Draper 1987, p. 424), so as long as we ac-

cept that models are a constructed abstraction of reality, we can learn a lot from

their use in ecology.

This chapter reviews the use of models in studies of fragmented landscapes

by providing a glimpse of the categories of questions that have been addressed

and the major types of models that have been used. Prior to the detailed discus-

sion of models, it introduces how ecologists have described landscape spatial pat-

terns through the development and use of landscape pattern indices. These in-

dices provide the necessary background for understanding models of landscape

change, which constitutes the second section of this chapter. The landscape

change models featured here include examples of landscapes modified by an-

thropogenic disturbances such as forestry, agriculture, and urbanization. Third,

it examines a suite of modeling approaches and results that project population

and community responses to landscape change. For example, these models in-

clude projections of metapopulation dynamics and spatially explicit population

viability analyses. For each category, there is at least one and sometimes a few de-

tailed examples to illustrate the types of data required, the range of approaches

used, and the variety of outcomes observed. Many of these modeling e¤orts are

explicitly geared toward conservation management and planning goals, which

are explored further in chapter 11.

development of landscape indices

A major goal of landscape ecology is to decipher and describe spatial hetero-

geneity in ecological systems and to understand the e¤ects of this complexity on

ecological processes (e.g., Forman and Godron 1986; M. Turner 1989). Toward

this end, O’Neill and colleagues (1988) published a foundation paper in land-

scape ecology; their intent was to develop a collection of simple indices that could

describe and discriminate among landscape spatial patterns. They examined dig-

itized maps of land cover from 94 landscapes across the eastern United States,

and they computed three indices for each landscape: dominance, contagion, and

fractal dimension. Dominance was derived from information theory (as is the fa-

miliar Shannon-Wiener index of species diversity), and its value reflects the rela-

tive proportions of di¤erent land cover types in a landscape. By analogy to species

evenness, dominance is the inverse—high dominance means one land cover



type tends to dominate the landscape, whereas low dominance values mean that

there are several land cover types that are relatively equally distributed across that

landscape. Contagion refers to the degree to which land cover types are clumped

together in the landscape; a high value for contagion means that land cover types

tend to be clustered spatially, whereas a low value means that land cover types are

relatively dispersed across the landscape. The third index, fractal dimension, de-

rived from fractal analysis (see chapter 2), refers to the complexity of shapes or

patterns in the landscape. A high value for this index reflects complex shapes,

generated, for example, by highly variable topography, whereas a low value indi-

cates relatively simple geometric shapes and boundaries.

Calculation of these three simple indices for the 94 landscapes showed that

they ranged widely and thus were able to discriminate amongst a large variety of

landscapes. High values of dominance were observed in agricultural landscapes,

such as in southern Illinois, as well as in forested landscapes, such as in West Vir-

ginia (O’Neill et al. 1988). Moreover, fractal dimension was highly negatively cor-

related with the proportion of the landscape in agricultural or urban land cover,

and highly positively correlated with the proportion of the landscape in native for-

est cover, suggesting that fractal dimension could be used as an accurate index of

the amount of human activity in a landscape. This paper achieved its goal of find-

ing indices that succinctly described landscape pattern, and it laid the foundation

for observational and modeling studies of how landscape patterns change over

time, as well as how populations and communities respond to landscape change.

The marriage of these indices with data on the abundance and distribution of

populations and communities in varied landscapes came later, and potentially

provides a powerful tool for understanding the ecological consequences of land-

scape change.

Soon after these indices were published, researchers began testing their ap-

plicability with sample data sets and, in some cases, developed additional met-

rics. For some situations, these indices were quite useful in describing ecologi-

cally relevant spatial patterns, but in other instances, the indices were criticized

for not doing so. For example, Groom and Schumaker (1993) summarized pat-

terns of landscape change on a global scale, with the goals of characterizing esti-

mates of habitat loss and evaluating spatial measures of landscape change in

forests. Most relevant to the current discussion, they examined changes in the

spatial distribution of forest cover in the Olympic National Forest, Washington,

by comparing frequency distributions of forest patch sizes between 1940 and

1988. The mean patch size decreased substantially over this time period, as did

variance in patch size. In other words, logging in this region shifted the distribu-
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tion of patch sizes toward many small forest patches with few large unbroken ar-

eas. They evaluated the use of three landscape metrics—perimeter-to-area ratio,

shape index, and fractal dimension—and concluded that these did not e¤ectively

represent the di¤erences in spatial pattern among forest landscapes in this re-

gion, at least in describing the degree of fragmentation. They suggested that an

additional index, the direct measurement of interior area, accurately captured the

forest loss and fragmentation that was observed in this managed forest. Further,

they called for the development and testing of more “biologically meaningful in-

dices of the isolating e¤ect of fragmentation” (p. 44).

The charge to invent ecologically relevant metrics of landscape pattern was

taken up by McGarigal and Marks (1995), who developed a software program

called fragstats. Their goal was to provide an easy-to-use tool to calculate many

di¤erent landscape indices, and, since its invention, fragstats has been exten-

sively used in studies of species’ responses to landscape patterns. The landscape

metrics in fragstats were designed to capture features of both landscape com-

position (how much of what cover type?) and landscape configuration (how are

land cover types arranged?). A key challenge inherent in blending these indices

with ecological data is that the fragstats user can compute many di¤erent in-

dices of landscape pattern, yet may still be uncertain about how most of these in-

dices a¤ect individual behavioral decisions, movement patterns, or, ultimately,

population and community persistence for their particular organism or study

system. In their original documentation (in the first line of the first page), Mc-

Garigal and Marks (1995) cautioned users to be VERY careful (they did in fact use

capital letters!) to select appropriate indices and to apply them in appropriate con-

texts when using this program. They also gave explicit warnings about putting

garbage into the model and getting garbage out. So the authors of the software

were keenly aware of the potential to misuse these indices.

Not surprisingly, users did not always follow the directions, and so papers

were published that reported lists of correlations of landscape indices with eco-

logical data (such as species richness or population density) without a clear or

meaningful ecological interpretation of the patterns. And criticism followed. For

example, Gustafson (1998) reviewed the use of spatial pattern indices and urged

users to (1) analyze pattern at the appropriate scale, (2) use an analysis method

that is relevant to the goals of the study, (3) choose metrics that are relevant to the

ecological process being studied, and (4) develop a priori hypotheses, based on

ecological theory, that relate a particular index to an ecological process. Despite

such clear guidelines, several years later H. Li and Wu (2004) again reviewed the

use of landscape indices and argued that many studies used these indices with-
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out a clear knowledge of the ecological relevance of landscape patterns to ecolog-

ical processes. They also noted that landscape indices may not indicate changes

in habitat quality (usually they just indicate cover type), a finding which may have

major implications for species persistence.

This is reminiscent of the old adage about using the right tool for the job. If

used in the intended way, calculating landscape metrics can reveal meaningful

structural di¤erences among landscapes, changes in landscape pattern over time,

and relevant implications for ecological processes (including species persistence,

the spread of disturbance, or invasions of exotic species). As with any tool, the im-

proper use of spatial pattern indices may, at best, obfuscate ecological relation-

ships, or, at worst, convey interpretations that are simply wrong.

projecting landscape change

Once the appropriate descriptors of landscape spatial pattern have been thought-

fully identified, these indices can be used to project future landscape change. The

basic approach for these projections is to quantify landscape patterns from aerial

photos or satellite images taken in two or more time periods and then compare

patterns across time. Other existing landscape patterns may be used as initial

conditions in simulation models to project future landscape change, based on

current or alternative trajectories. There are several useful syntheses of the 

construction and utilization of these types of landscape models (Baker 1989; 

M. Turner and Gardner 1991; Baker and Mladeno¤ 1999), and there is an excel-

lent guide for students just learning these analytical tools (Gergel and Turner

2002).

Forestry

The old-growth conifer forests of the Pacific Northwest are remarkably valuable

for their timber, and also for their unusually rich biological communities. The

struggle between economic and ecological interests in this region became par-

ticularly acute in the 1980s, when accumulated forest harvests from the previous

four decades began to have noticeable e¤ects on species persistence and water

quality. Because of its economic and ecological value, landscape patterns and pro-

jections of future landscape change in this region have been comprehensively

studied. Harris (1984) published an ecological critique of the dispersed patch cut-

ting method that had been used since the 1940s, because this harvest regime re-

sulted in highly fragmented forests and the accompanying losses of biological di-
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versity. Harris proposed an alternative cutting strategy of circular long-rotation is-

lands, which were based on the conceptual foundation of island biogeography

theory and designed with an old-growth patch in the center that maximized patch

size and minimized patch isolation. Franklin and Forman (1987) compared sev-

eral alternative cutting strategies for this region and measured the mean patch

size and amount of edge for each alternative. They suggested that future forest-

cutting practices should aggregate, rather than disperse cutting units, in order to

reduce the amount of forest fragmentation and its accompanying edge e¤ects.

Several studies subsequently analyzed patterns of land use change for this region

and compared alternative forest cutting patterns by using simulation models 

to project future patterns of landscape change and infer their ecological impacts

(H. Li et al. 1993; Spies, Ripple, and Bradshaw 1994; Wallin, Swanson, and Marks

1994; Ripple, Hershey, and Anthony 2000).

One particularly striking result from this collection of studies was that spatial

patterns of past and current land use can leave a long-term spatial legacy. For

these forests—comprised of trees that live for hundreds of years and for which

forest-cutting rotations are on the order of 40 to 80 years—the spatial pattern of

cutting established decades ago may take a very long time to erase. Wallin, Swan-

son, and Marks (1994) simulated the development of landscape spatial patterns

300 years into the future, based on aggregated versus dispersed-patch forestry

schemes. They compared the spatial metrics of edge density and mean interior

forest patch size for these two scenarios and found, not surprisingly, that the ag-

gregated pattern resulted in lower edge density and greater interior patch size

than the dispersed cutting strategies.

Most interestingly, though, the authors projected edge density and mean in-

terior forest patch size for forests that had initially been harvested using the 

dispersed-patch model, but were then switched after 20, 40, or 60 years of cutting

to the aggregated scheme. In none of these scenarios did the forests that were ini-

tially harvested using the dispersed-patch model exhibit the favorable edge den-

sities and patch sizes produced by the aggregated cutting model, even for simu-

lations that were switched after only 20 years. The rather sobering take-home

message from this exercise was that once a pattern of landscape change is estab-

lished, it may take decades or centuries to nullify (at least in long-lived forest

ecosystems), even if policies dictate a shift in spatial patterns of change relatively

early in the process.

Although these examples have highlighted forests in the western United

States, there are many published studies that use similar approaches to ana-

lyze spatial patterns of deforestation and project future landscape change. This
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method has been used to evaluate landscape change due to deforestation at sites

all over the world, including China, Finland, Russia, Honduras, India, and Tur-

key, to name just a few.

Agriculture

Clearing native vegetation for agricultural production is the most significant

change in the structure of ecosystems at the global scale. In particular, nearly

one-fourth (24%) of Earth’s terrestrial surface has been converted to cultivation,

and more land was converted to cropland in the 30 years after 1950 than in the

150 years between 1700 and 1850 (Millenium Ecosystem Assessment 2005).

Tropical deforestation for slash-and-burn agriculture is one of the most highly

publicized forms of landscape change, and it has resulted in rampant forest clear-

ing in the past few decades. More recently, the burgeoning soybean and beef in-

dustries in places like Brazil have similarly converted vast areas of rainforest to

agricultural lands (Nepstad, Stickler, and Almeida 2006). Dale et al. (1994) stud-

ied patterns of widespread deforestation in the state of Rondônia, Brazil, by farm-

ers clearing forests to support slash-and-burn agriculture. Because these farms

are typically only productive for six to eight years, tracts of land are abandoned

relatively quickly and new forest areas are cleared. To provide guidance for future

land use change, these researchers developed three scenarios of forest clearing

and calculated landscape metrics (contagion, dominance, and fractal dimension)

for each scenario. The scenarios di¤ered primarily in the amount and timing of

forest clearing and in whether plots were abandoned and then recolonized by

subsequent farmers. Dominance and contagion indices followed similar trajec-

tories over time, since the simulations involved shifts from one dominant and

continuous cover type (forest) to another (cropland). Contagion was lowest for

the best-case scenario, which had the lowest overall amount of forest clearing,

and was higher for the other two scenarios, which involved clearing most of the

forest after about 20 years. The authors suggested that the low contagion for the

best-case scenario reflected a more heterogeneous landscape that would be likely

to have higher habitat diversity and perhaps provide movement corridors for for-

est species. Fractal dimension was highest for the best-case scenario; in the other

two scenarios it dropped abruptly, and then recovered, as land was converted

from forest to cropland. These alternative scenarios of projected land use change

revealed significant shifts in the spatial patterns (both of habitat area and configu-

ration) of forest and cropland and provided guidelines for desirable trajectories

for both biological diversity and human well-being.
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Another biologically diverse landscape is the Cape Floristic Region (CFR) of

South Africa, which hosts remarkably high levels of plant species richness and

endemism and is a key target for conservation e¤orts. Rouget et al. (2003) de-

scribed the extent of habitat transformation in this 88,000 km2 region, based on

current land use and projected future trends in land conversion due to agricul-

ture, invasion by exotic species and urbanization. Agriculture (particularly plan-

tation forestry) is the most likely form of land conversion in this region, and it is

of concern, since it would destroy habitat for the region’s endemic plants. The au-

thors used satellite imagery to estimate the amount of land conversion that has

taken place, based on the distribution and abundance of current land cover types.

They projected future changes in land use for the next 20 years by employing a

rule-based model that incorporated decision-making processes, as well as a sta-

tistical model that projected land use based on the distribution of existing land

uses and correlated environmental variables. These projections were done for 16

categories of vegetation that comprise the flora of the Cape Region, so the analy-

ses revealed which land cover types were likely to be most susceptible to conver-

sion over the next 20 years. Although the authors did not specifically present in-

dices of landscape spatial pattern in this paper, this spatially explicit, multiple

threat approach would be quite useful for clarifying which vegetation types were

likely to undergo conversion to agriculture and, hence, for targeting specific con-

servation actions (for more discussion of this topic, see chapter 11).

Similar analyses of land conversion from native habitat to agriculture have

been conducted in Saskatchewan (Hobson, Bayne, and Van Wilgenburg 2002); in

the United States for the period from 1950 to 2000 (D. Brown et al. 2005); for 

deforestation due to agricultural intensification in Oaxaca, Mexico (Gómez-

Mendoza et al. 2006); and for forest loss and fragmentation in the eastern low-

lands of Colombia (Madriñán et al. 2007). These latter authors measured frag-

mentation indices by comparing aerial photographs from 1939 to 1997.

Urbanization

Land conversion for urbanization is another dominant land use transition (Wear,

Turner, and Naiman 1998; Duncan, Larson, and Schmalzer 2004), especially

given continued shifts in human population from rural to urban areas (fig. 9.1).

The world’s urban population increased 10-fold from 1900 to 2000, and the num-

ber of large cities (those in excess of 1million people) increased from 17 in 1900

to 388 in 2000 (Millenium Ecosystem Assessment 2005). In many locations

around the globe, recent transitions to urban land cover follow an initial shift
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decades or even centuries ago from native habitat to agricultural cultivation. For

example, in China, recent land conversion near large cities is transforming agri-

cultural fields into urban development (e.g., Weng 2002; W. Li et al. 2005).

N.S. Williams, McDonnell, and Seager (2005) studied patterns of land use

change due to urban development near Melbourne, Australia, looking spe-

cifically at the conversion of native grassland remnants to urban development.

Using an approach similar to those of the other studies, they compared the dis-

tribution and spatial characteristics of grassland patches in a large study area

(188,000 ha) using field data and existing GIS data sets on these grassland sites

from 1985 and 2000. In addition to grassland conversion, this study had the fur-

ther objective of determining the degradation of grassland patches due to inva-

sions by exotic species. Their analysis showed that 44% of the grasslands present

in 1985 had either been converted to housing or industry by 2000 (23%) or were

degraded by the invasion of exotic species (�60% cover of non-native species

over 21% of the grassland area). Not surprisingly, given the levels of habitat loss,

the remaining grassland patches were fewer in number and were located farther

away from other grassland patches in 2000 than they had been in 1985. Grass-

land patches were more likely to be converted to urban development if they were
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closer to the central business district, close to major roads, and far from streams.

Interestingly, the predictor variables for grassland degradation were di¤erent

from those for destruction. The perimeter-area ratio of grassland patches was

significantly positively associated with the probability of degradation, suggesting

that invasive species were facilitated along habitat edges (see chapter 5). In this

system, land conversion for urban development resulted in characteristic spatial

patterns of habitat loss and isolation that would be likely to increase threats of ex-

tinction for the native species that inhabit these endangered ecosystems. Despite

further development pressure in this region, the results of this study may prove

to be useful in guiding future development and avoiding particularly biologically

valuable native grasslands.

Patterns of urban growth may be restricted or shaped by particular policies

that limit building in certain areas, which may ultimately have positive e¤ects on

biological diversity. In Southern California, urban development has historically

occurred primarily in the valleys and flatter areas, but as building sites have 

become scarcer, development occurs on steeper slopes. Syphard, Clark, and

Franklin (2005) explored the impacts of slope restrictions on urban growth adja-

cent to the Santa Monica Mountains northwest of Los Angeles. They used a cel-

lular automaton model (described in more detail below) to simulate landscape

change and quantify its e¤ects on the spatial characteristics of native vegetation

patches. The authors computed general landscape metrics—such as patch area,

the amount of edge, and the largest-patch index (the percentage of the landscape

occupied by the largest patch, which is a measure of connectivity)—because, they

argued, these were likely to be the most relevant for the persistence of native

species. In these simulations, landscape metrics changed in somewhat erratic

and non-intuitive ways over time, so it was crucial for the researchers to interpret

these indices in the context of the particular spatial characteristics of this land-

scape. Key results from their simulations were that restrictions on the develop-

ment of steep slopes (those �60%) reduced overall habitat loss, and also pre-

vented fragmentation of the largest patch in the landscape. The scenario that

allowed land with slopes greater than 60% to be developed fragmented the largest

patch; it also reduced landscape connectivity for the mountain lion (Felis con-

color ), a large, wide-ranging carnivore in this region, by blocking a key movement

corridor—a canyon that connected the Santa Monica Mountain Range with a

large national forest to the north.

Projections of spatial patterns of land conversion to support urban and ex-

urban growth have likewise been developed for other regions in the world. These

models typically include analyses of both the spatial pattern and the implications
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of such land conversion patterns for ecological processes. For example, Theobald,

Miller, and Hobbs (2005) developed such projections for the entire continental

United States. Interestingly, a large number of recent models concern urban ar-

eas in China, including Beijing (Qi et al. 2004), Jinan (Kong and Nakagoshi 2006),

Guangzhou (Yu and Ng 2007), and Haikou city (Tian, Yang, and Xie 2007).

In summary, spatial pattern indices have been developed and widely em-

ployed to characterize patterns of landscape change. Some are useful in some

contexts, while others have been criticized for having little biological relevance.

In the end, the choice of landscape indices depends on the goals of the study, and

those must be clearly stated and rationalized. Moreover, if the goal of the analy-

sis is to project the ecological responses of particular landscape patterns, then

there should be justifiable, empirical links between spatial patterns and ecologi-

cal processes. But in defense of spatial pattern indices, they are quite useful in

distilling and describing broad-scale patterns of complex landscapes into a lan-

guage that ecologists can understand. The next section, on modeling studies of

ecological responses to landscape spatial pattern, is the flip side of this process.

population and community responses

Models of ecological responses to landscape change have typically addressed

three main issues relevant to conservation and management: (1) the spread of

natural disturbances, such as fires, across fragmented landscapes (M. Turner et

al. 1989; M. Turner and Romme 1994), (2) invasions of exotic species (D. Peters

2004; With 2004), and (3) the persistence of native species or communities (Han-

ski 1999; Beissinger and McCullough 2002). Given the focus of this book on pop-

ulation and community responses to landscape change, this chapter emphasizes

models that feature population and community persistence. These models have

been collectively referred to as metapopulation models (Hanski 1999; Akçakaya et

al. 2004), although many now include multiple interacting species in metacom-

munities (Holyoak, Leibold, and Holt 2005), as well as in meta-ecosystems and

metalandscapes (Loreau, Mouquet, and Holt 2003; With, Schrott, and King 2006;

see also chapter 2). Further, modeling approaches to confront issues of species

persistence treat spatial variation in di¤erent ways (fig. 9.2): there are (1) spatially

implicit models, which include spatially structured data, but not particular spatial

locations of habitat patches or populations, for example, two-population models

in which two separate populations are connected by migration, but where the

populations are not explicitly located in space (Hanski and Simberlo¤ 1997; Han-

ski 1999); (2) spatially explicit models, in which individuals or habitat patches are
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situated in particular spatial locations (e.g., Gilpin 1996; D. Peters 2004); and 

(3) spatially realistic models, which are spatially explicit models in which the mod-

eled landscape represents the particular spatial arrangement of a real, spatially

heterogeneous landscape (Hanski 1999). The models of landscape change de-

scribed in the previous section were all spatially realistic models, in that they

modeled the dynamics of real landscapes.
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Figure 9.2. Diagrams of ecological models that represent spatial variation in di¤erent

ways. (a) Spatially-implicit models, where ecological entities are patchily distributed, 

but the particular spatial location of the patches is not considered. (b) Spatially-explicit

models, where individuals or habitat patches are situated in particular spatial locations.

(c) Spatially-realistic models, in which the modeled landscape simulates the particular

spatial arrangement of a real, spatially heterogeneous landscape. Figures modified from

diagrams prepared by Chris Ray.



Spatially Implicit Models

Spatially implicit models of population or community persistence are typically

designed to evaluate how migration between populations or communities influ-

ences the dynamics of the system. A two-population model is an extension of a

model for the dynamics of a single population, in which the single population is

now connected to another population via migration (e.g., Gilpin 1996; Hanski

1999). This type of metapopulation model is thus quite relevant in the study of

habitat loss and fragmentation, since migration is often disrupted in fragmented

landscapes. Some source-sink models of population dynamics (e.g., Pulliam

1988; see also chapter 2) are an example of spatially implicit models, since they

evaluate the dynamics of two or more populations that exchange individuals via

migration. With two populations, these models are usually tractable analytically,

that is, they can be computed mathematically. If more populations are added to

the system (n-population models), computer simulation is sometimes required.

For example, the models of disease transmission among multiple populations in

fragmented landscapes (e.g., Hess 1996a; McCallum and Dobson 2002), that

were discussed in the previous chapter follow this spatially implicit, n-population

model structure.

One of the first spatially implicit models applied to a single species in frag-

mented habitat was constructed by Lande (1987) for a generic territorial species,

and then applied to the northern spotted owl (Strix occidentalis caurina) (Lande

1988), which occurs in old-growth forests of the western United States. In the

1987 generic model, Lande likened the patches of Levins’s metapopulation model

to the individual territories of a territorial species. He described local extinction

as the death of an individual in a territory, and colonization of the patches as the

settling of an individual in a suitable unoccupied territory. This analytical model

was designed to determine the proportion of suitable habitat occupied by this ter-

ritorial population at equilibrium. In conservation terms, the model could be

used to project the minimum proportion of suitable habitat in a region that

would be necessary to ensure population persistence or, conversely, the impact of

habitat destruction or fragmentation on population size. This model was useful

as a starting point for revealing how habitat loss may influence the probability of

extinction for a territorial species in a patchy habitat. Lande’s 1987model admit-

tedly did not incorporate several features that would have made it more realistic,

but he encouraged spatially explicit elaborations of this basic model structure us-

ing information from real landscapes on territory spatial distribution and abun-

dance. These spatially explicit (With and King 1999) and spatially realistic mod-
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els were later constructed for the spotted owl (e.g., McKelvey, Noon, and Lam-

berson 1993; Lamberson et al. 1994) and for other species (see below).

Single-species metapopulation models have been expanded to two-species

metacommunity models in order to test ideas about the persistence and dynam-

ics of a species interaction (Hoopes, Holt, and Holyoak 2005). For example, Ama-

rasekare (2004) devised a spatially implicit model of mutualistic interactions 

involving two species—a relatively mobile partner and a relatively sedentary part-

ner—based on attributes of plant-pollinator mutualisms. Interactions among the

mutualists were modeled in a fragmented environment in which patches were

linked by the dispersal of the mobile mutualist (i.e., the pollinator) (Groom 1998,

2001; see also chapter 7). Dispersal of the mobile mutualist from source com-

munities facilitated the rescue (sensu J.H. Brown and Kodric-Brown 1997) of sink

communities in these simulations, but this e¤ect depended on how dispersal

a¤ected the source community. If dispersal was by “surplus” individuals that

would not have contributed to the growth rate of the source community, then re-

gional persistence occurred. But if dispersal involved emigrants that would have

contributed to the reproductive output of the source, then emigration could not

exceed a particular threshold, or the entire metacommunity would collapse.

In the context of managing species interactions in fragmented habitats, Ama-

rasekare (2004) concluded that the impact of dispersal on source communities is

the key variable to consider. For instance, if the dispersal of a species from a

source community has negligible impacts on the local reproduction of the source

community, then it may be desirable to increase connectivity among habitat frag-

ments via corridors, stepping stones, or matrix management, because the source-

sink dynamics will enhance both local and regional persistence. But if the dis-

persal of a species from a source community causes reduced local reproduction

in that community, then it may be desirable to regulate dispersal via manage-

ment, so that it is low enough that the growth rate in the source community does

not su¤er. This modeling study highlights the importance of both the amount of

dispersal from source communities and the consequences of dispersal for these

communities when determining the regional persistence of communities. This

emphasis on the amount of dispersal with regard to the persistence of interac-

tions was discussed in experimental studies of predator-prey dynamics (Holyoak

and Lawler 1996; see also chapter 4).
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Spatially Explicit Models

Spatially explicit models specify the spatial locations of biological entities (e.g.,

individuals, populations, communities, and ecosystems) and evaluate how par-

ticular spatial configurations a¤ect ecological processes. The application of cel-

lular automata (CA) models to ecology has facilitated an extensive exploration of

the role of landscape structure on the propagation of disturbance, species inva-

sions, and the persistence of populations. This section explores the particular ap-

plication of CA models (also called grid-based or lattice models) to project the

probabilities of species persistence in fragmented landscapes. Our understand-

ing of the consequences of habitat fragmentation via the use of CA models has

been greatly advanced by the contributions of Kimberly With (With and Crist

1995; With 1997, 2002; With and King 1999, 2001; A. King and With 2002; With,

Schrott, and King 2006) and Lenore Fahrig (Fahrig 1997, 2001, 2003; Bender, Tis-

chendorf, and Fahrig 2003; Tischendorf, Bender, and Fahrig 2003; Bender and

Fahrig 2005; Tischendorf et al. 2005). I illustrate this spatially explicit modeling

approach by focusing on studies that have examined extinction thresholds, which

is a critical issue in conservation biology. Because this work is only briefly sum-

marized here, I encourage readers to explore this body of research further.

Landscapes can be modeled in a spatially explicit manner by representing

di¤erent land uses or land cover types as black or white squares within a binary

array of grid cells, i.e., as two types of land use (fig. 9.2b). Employing these grid-

based, cellular automata models (see also chapter 2) became a key component of

landscape ecological research through the pioneering work of investigators at the

Oak Ridge National Laboratory in the 1980s (e.g., Gardner et al. 1987; M. Turner

1987; M. Turner and Gardner 1991). A special subset of cellular automata mod-

els is a type of neutral model in which maps are generated via random processes

or spatially correlated processes (using algorithms from fractal geometry) but are

not based on landscape patterns derived from known ecological processes. These

neutral or null models are thus analogous to null models in other areas of ecology

(e.g., Connor and Simberlo¤ 1979). They can be compared to real landscapes in

which patterns have been generated by ecological processes to evaluate key dis-

parities among random versus ecologically generated patterns. Gardner and Ur-

ban (2007) recently provided a historical review of neutral models and their cur-

rent status, and they describe the development of a new analytical tool that is

more realistic than neutral models, but that is not as data-demanding as the spa-

tially explicit, individual-based models discussed below.

The use of neutral models has profoundly influenced our understanding of
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the e¤ects of habitat loss and fragmentation (With and Crist 1995; With 1997;

Fahrig 2001). In neutral models, grid-based maps typically represent cells as ei-

ther suitable habitat or unsuitable habitat. Each cell has a state, which could, for

example, be the number of individuals of a particular target species in that cell.

Individual-based models place individuals within cells, and these individuals are

followed spatially over the course of their lives, behaving and reproducing ac-

cording to rules specified by the modeler (Gilpin 1996). Most importantly, the

amount and spatial configuration of habitat can be controlled and varied inde-

pendently within these simulation models. One area of particular interest is the

presence of critical thresholds. Percolation theory predicts that there are thresh-

olds where small changes in the number of grid cells that are occupied result in

a transition from the grid being disconnected to its being connected (the perco-

lating cluster discussed in chapter 2). Analogous to fragmented landscapes, there

may be critical thresholds where a further small loss of habitat abruptly reduces

landscape connectivity. Neutral models have explored a key, two-part question re-

lated to habitat loss and fragmentation—whether there are extinction thresholds

where small changes in habitat amount or configuration result in sharp declines

in species abundances, and what characteristics of species or landscapes may in-

fluence those thresholds.

With and King (1999) explored extinction thresholds by combining the spa-

tially implicit metapopulation model of Lande (1987), discussed above, with neu-

tral landscape models in which the amount and spatial configuration of habitat

could be varied independently. They modified Lande’s model by varying the spa-

tial distribution of habitat (from randomly distributed, as in Lande’s model, to

landscapes di¤ering in their degree of clumping, or contagion), shifting the

searching behavior of the territorial species (from random searching to search-

ing only adjacent cells in the grid-based model), and exploring a range of repro-

ductive outputs. The goal was to determine whether these modifications would

influence the extinction threshold, which is the minimum amount of habitat in

the landscape at which the population becomes extinct. Model results showed

that, in general, populations in the clumped landscapes were able to persist over

a wider range of values of habitat loss than was predicted by Lande’s (1987) model

of randomly distributed habitat. Thus the extinction threshold for most permu-

tations of the model either occurred at a lower overall amount of habitat than in

Lande’s model or did not occur at all. By varying the degree of spatial aggregation

of the habitat but keeping the habitat amount constant, With and King (1999)

showed that a more clumped distribution of habitats was generally more favor-

able for species persistence than more fragmented habitats.
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Given this observance of extinction thresholds, Fahrig (2001) explored the

conditions under which extinction thresholds are most likely to occur. She con-

structed a neutral landscape model and incorporated four factors thought to in-

fluence the extinction threshold into it—namely, the reproductive rate of the or-

ganism, the rate of emigration from suitable habitat, the spatial arrangement 

of habitat (fragmentation), and the quality of the matrix (i.e., the probability of

species’ survival in unsuitable habitat)—to examine the relative importance of

each of these factors on the extinction threshold. This was an individual-based

model in which reproduction, movement, and the survival of individuals was

tracked across di¤erent landscapes. The results of these simulations showed that

the extinction threshold varied widely, from 1% to 99% of suitable habitat, de-

pending on the relative values of the four factors that were modeled. Reproduc-

tive rate and the rate of emigration had the highest relative impact on the extinc-

tion threshold, followed by a moderate e¤ect of matrix quality, and very small

e¤ect of habitat configuration. Because reproductive and emigration rates are

characteristic of organisms, they cannot be easily manipulated by management

actions. Matrix quality, however, could be improved by management strategies

that increase the survival of organisms moving through these areas, and this

would be likely to decrease the extinction threshold (fig. 9.3). Fahrig concluded

that this may be the most promising means of enhancing population persistence

in human-modified landscapes. Finding that habitat spatial arrangement has rel-

atively little impact on the extinction threshold is in contrast to With and King’s

(1999) results, but it is consistent with other work by Fahrig which suggests that

habitat amount, rather than spatial configuration, is the strongest influence on

species persistence (Fahrig 1997, 2003).

The discrepancy between model results regarding habitat spatial configura-

tion (fragmentation per se)—whether it strongly (With and King 1999) or weakly

(Fahrig 1997, 2001, 2003) influences the extinction threshold—may depend on

subtle di¤erences in model assumptions and approaches (Fahrig 2002). Based on

a comparison of these methods and outcomes, Fahrig concluded that habitat

fragmentation is likely to influence the extinction threshold when habitat loss

does not result in an increase in the movement of individuals into the matrix. For

example, if an organism is constrained strictly to one type of habitat in the land-

scape, then as habitat is lost and fragmented, the patches of habitat become

smaller, and the probability of local extinction increases. With no movement

across the matrix, the overall extinction probability depends on the size of the

largest patch. Thus reducing fragmentation in this landscape would increase the

size of the largest patch and thereby increase persistence time.
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Spatially Realistic Models

Spatially realistic models are similar to spatially explicit approaches in that par-

ticular spatial locations are specified. Spatially realistic models go a step further,

however, and use habitat configurations from real landscapes (fig. 9.2c). The goal

of these e¤orts is typically to project probabilities of species persistence in par-

ticular landscapes, as well as to explore the e¤ects of alternative strategies of habi-

tat removal or configuration on these probabilities. Such models typically use

data on the presence-absence or abundance of a species in particular spatial lo-

cations, and they are variously referred to as incidence function models (Hanski

1999), state transition models (Sjögren-Gulve and Ray 1996; S. Harrison and Ray

2002), individual-based models (Gustafson and Gardner 1996; Zollner and Lima

2005), and spatially explicit population models (Pulliam, Dunning, and Liu 1992;

Akçakaya, McCarthy, and Pearce 1995; Lindenmayer and Possingham 1995;

Haines et al. 2006).

The use of incidence-function models for projecting metapopulation dynamics
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Figure 9.3. A diagrammatic representation of a reduction in the extinction threshold for a
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habitat and the survival probability for a modeled species. The extinction threshold is the
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matrix quality, may shift this curve to the left, as shown by the two sets of dashed dark
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light gray vertical lines). Based on the modeling results of Fahrig (2001).



was developed and has been widely used by Hanski (1994, 1999), especially in the

context of long-term, spatially extensive studies of the dynamics of the Glanville

fritillary butterfly (Melitaea cinxia) and its natural enemies, which inhabit dry

meadows of the Åland Islands, Finland. Suitable habitat for this butterfly spe-

cies consists of patchily distributed meadows that contain larval host plants.

Incidence-function models are relatively easy to parameterize, because they re-

quire a map of the spatial distribution of the habitat patches, as well as observa-

tions of site occupancy by the target species during one or more years. So, with a

snapshot of species occurrence patterns, it is possible to estimate model para-

meters and use these to simulate dynamics over time, as well as to vary the

spatial configuration, amount, or quality of habitat and observe their e¤ects on

metapopulation persistence. Results from the incidence-function modeling ex-

ercises using data from the Åland Island study system have revealed several im-

portant aspects of butterfly metapopulation dynamics. For example, patch occu-

pancy could be accurately predicted in relation to patch size and isolation for

some, but not all, parts of the study area (Hanski et al. 1996), prompting re-

searchers to investigate additional environmental variables that may influence

patch occupancy. A subsequent analysis showed that incorporating patch quality

and more complex measures of patch isolation did not improve model predic-

tions (Moilanen and Hanski 1998; but see Fleishman et al. 2002 for an example

of significant e¤ects of patch quality on butterfly metapopulation dynamics).

One of the Glanville fritillary’s natural enemies is a parasitoid (Hymenoptera:

Braconidae: Cotesia melitaearum) that, in turn, is infected by its own hyperpara-

sitoid (Hymenoptera: Ichneumonidae: Gelis agilis) (Lei and Hanski 1997). Field

observations showed that the distribution of the parasitoid was positively associ-

ated with host population size and patch area and negatively associated with the

distance from other parasitoid populations. Using incidence-function models to

model parasitoid population dynamics revealed that the parasitoid metapopula-

tion was not at equilibrium, probably because the high turnover of hosts in the

patches resulted in a lag in parasitoid occurrence as they tracked the spatially dy-

namic host metapopulation.

Hanski’s research group has employed Bayesian approaches to account for

the uncertainty in estimating the parameters for metapopulation dynamics in

this system (O’Hara et al. 2002) and to rank management scenarios that would

minimize the risk of metapopulation extinction (Dreschler et al. 2003). The com-

bination of a spatially rich data set and a straightforward modeling approach has

contributed greatly to clarifying the factors influencing metapopulation dynam-

ics of single and multiple species in a patchy landscape.
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In cases where a patchy landscape has been surveyed repeatedly over time,

state-transition models can be used to identify factors that may be responsible for

colonization and extinction events. For example, Sjögren-Gulve and Ray (1996)

used this approach to model the dynamics of metapopulations of the pool frog,

Rana lessonae, which occurs in permanent ponds in forests along the east coast

of Sweden. In this case, a state transition refers to colonization or extinction

events that occur in pools between surveys. For instance, an extinction would in-

clude a pool that was occupied in one census and then was unoccupied in the

next. The authors used logistic regression to model environmental factors that

may explain four possible state transitions, that is, comparing continually occu-

pied ponds, ponds that were colonized, ponds that went extinct, and ponds that

were continually unoccupied. Models of this system revealed that forestry prac-

tices a¤ect pool frog distribution; in particular, large ditches that have been con-

structed to drain clear-cut areas and increase accessibility to wet areas have ham-

pered the ability of frogs to move across the landscape. This is a clear example of

Fahrig’s (2001) conclusion regarding the importance of matrix quality as a deter-

minant of population persistence in patchy landscapes. This state-transition ap-

proach was similarly used by S. Harrison and Ray (2002) for five plant species in

California serpentine outcrops. Their simulation results showed that long-term

metapopulation persistence was highly likely, and that persistence was only

weakly dependent on patch connectivity. This result may be because these plant

species maintain a relatively long-lived seed bank, which may bu¤er populations

against stochastic variation in environmental conditions that a¤ect annual patch

occupancy.

In spatially explicit population models (SEPMs in Dunning et al. 1995; Turner et

al. 1995; also called n-population simulation models in Hanski 1999), each local

population has its own dynamics, and migration among populations is modeled

explicitly, often including some details about specific behavioral decisions that

a¤ect movement. These models are also spatially realistic, since they usually aim

to make projections about the dynamics of a specific metapopulation within the

context of habitat spatial distribution in a particular landscape. Although they can

be powerful tools for the management of a particular species (and especially for

endangered species), relatively few of these models have been constructed, be-

cause they require intensive and extensive data about the system, information

which is often not available. For example, SEPMs have been parameterized for

the Florida scrub jay (Root 1998), Eurasian badger (Meles meles) in the Nether-

lands (Apeldoorn et al. 1998), Caribbean spiny lobster (Panulirus argus) in the

Florida Keys (Butler 2003), Siberian tiger (Panthera tigris) in the Russian Far East
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(Carroll, Miquell, and Dale 2006), and the herb Boltonia decurrens, an endemic

plant that occurs within the Illinois River floodplain (Mettler-Cherry, Smith, and

Keevin 2006).

Spatially explicit models for particular species have been useful in directing

conservation e¤orts and allowing the informed selection of alternative manage-

ment scenarios. For example, Cox and Engstrom (2001) evaluated alternative sce-

narios of the spatial configuration of conserved lands for the endangered red-

cockaded woodpecker (Picoides borealis) in a 4000 km2 region of old-growth

long-leaf pine forests in northern Florida and southern Georgia. The authors

combined a stochastic demographic model with geographically based informa-

tion on habitat distribution to weigh the costs and benefits of various strategies

for land acquisition or protection through conservation easements. The analysis

provided guidance for choosing among strategies that were likely to achieve long-

term population persistence.

Despite their utility in particular situations, spatially explicit population mod-

els have also been criticized for requiring too much information and being quite

sensitive to uncertainty in parameter estimation (Ruckelshaus, Hartway, and

Kareiva 1997; Beissinger and Westphal 1998). Ruckelshaus, Hartway, and Kareiva

(1997) suggested that less detailed models might provide a better fit between the

complexity of the model and the quality of data available to incorporate into the

models. In their reflection on the status of research on fragmented populations,

Melbourne et al. (2004) questioned whether more complex models are needed in

all instances, and urged researchers to confront the same data using both com-

plex and simple models to determine if the more complex models necessarily

provide better answers. To address the second criticism, more recent models

have incorporated estimates of uncertainty in model parameters by using Bayes-

ian approaches (O’Hara et al. 2002; Snäll et al. 2005).

Combining Landscapes and Metapopulations

The beginning of this chapter introduced two general categories of models re-

lated to habitat loss and fragmentation: models that project patterns of future

landscape changes, and models that project population and community re-

sponses to landscape change. These have generally been pursued as separate

e¤orts, since they are suªciently complicated in themselves. When combined,

they may provide a particularly powerful tool for estimating the consequences of

landscape change for population and community persistence. The issues of data-

intensity and uncertainty still need to be addressed, but some progress has been
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made in this realm (e.g., see MacKenzie et al. 2006 for a treatment of estimating

detectability).

E¤orts to combine landscape change with population models are a promising

tool for understanding species persistence in changing landscapes. For example,

Akçakaya et al. (2004) combined data on forest dynamics and population dy-

namics to assess the viability of the sharp-tailed grouse (Tympanuchus phasianel-

lus) in the Pine Barrens region of northwestern Wisconsin. This approach al-

lowed the incorporation of landscape dynamics, such as forest succession,

disturbances (e.g., fire), and silviculture. Wilcox, Cairns, and Possingham (2006)

brought together information on habitat disturbance and recovery, as well as

patch colonization and extinction parameters, into a spatially explicit metapopu-

lation model. Hilty, Lidicker, and Merenlender (2006) combined models of vine-

yard expansion in northern California with models of wildlife-habitat relation-

ships in order to estimate the probable e¤ects on particular species of wildlife.

And studies of the brown creeper in old-growth forests of Ontario, Canada, as-

sessed population viability in the context of alternative forest harvest schemes

(Wintle et al. 2005; Chisolm and Wintle 2007).

synthesis

Models that simulate fragmented landscapes to assess the ecological conse-

quences of habitat loss and fragmentation have been exceedingly useful in in-

forming and guiding research and conservation e¤orts. Models have described

patterns of landscape change and have projected the responses of species or com-

munities to varying habitat spatial configurations. Although all models must

make simplifying assumptions, they provide insights into what can happen in

nature in situations where it is impossible to conduct systematic observations or

controlled experiments. One of the most important findings from modeling

studies, identifying the factors that influence the extinction threshold for species

in fragmented landscapes, is one that we most likely would not have discovered

through empirical studies. Because the modeling environment allows the exam-

ination of multiple factors that are critical to species persistence, such as matrix

quality, the results from these studies provide novel interpretations of existing

field data and can guide future management e¤orts.

The future of this field promises to include ever-more-sophisticated modeling

e¤orts. Increasingly, modelers explicitly incorporate uncertainty in parameter es-

timation into their simulation models. One aspect of uncertainty that is being

recognized more and more is in our limited human ability to detect species when
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they are actually present in the landscape. Also, more modeling studies are be-

ginning to blend population and landscape approaches, which is an exciting de-

velopment. There are hints that moving from metapopulation models to meta-

community models may produce non-intuitive outcomes. As we simultaneously

consider the e¤ects of multiple species, it may help us to further define data gaps

and factors that we need to study more.

As Beissinger et al. (2006) concluded in their review of integrating the e¤orts

of field biologists with modeling, “the best conservation decisions will occur

where cooperative interaction enables field biologists, modelers, statisticians,

and managers to contribute e¤ectively” (p. 1).
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Restoration

Habitat restoration is primarily the initiation and

coalescence of growing habitat fragments.

—Daniel H. Janzen (1988)

A few years ago I had the good fortune to accompany the illustrious ecologist

Dan Janzen on a field trip near his home in the tropical dry forests of Gua-

nacaste, Costa Rica. As we drove toward Santa Rosa National Park through a land-

scape of scattered forest fragments and cattle pastures with the occasional soli-

tary tree, Janzen spoke passionately about the rampant destruction of the dry

forests and the thousands of species, including his favored 3000 or so species of

moths and butterflies, which depended on these forests. He bemoaned the fact

that the alluring tropical wet forests seemed to get all the attention from the pub-

lic and from conservationists, when in reality the tropical dry forests were in

more immediate danger of disappearing. Since the arrival of European colonists

to Costa Rica in the 1500s, thousands of hectares of this towering forest have

been cleared and planted with jaragua (Hyparrhenia rufa), an African pasture

grass that provides nutritious forage to support the booming cattle industry in

this region of northwest Costa Rica.

The bus stopped, and we walked along the edge of a pasture dense with

jaragua to a small tree that bordered the pasture. That’s when Janzen launched

into the subject of how to reverse the loss of these splendid forests. In addition to

protecting remaining tracts of dry forest, Janzen mentioned the prospects for



restoration. He noted that the tropical dry forest did not appear to be recovering

on its own in southern Guanacaste, since most of the forest had been cleared, and

there were only small, scattered remnants that remained. In the central part of

Guanacaste, however, where we stood, more forest was left and the landscape was

less fragmented. In this landscape with relatively higher, more continuous forest

cover, there were ample sources of seeds from forest trees to colonize abandoned

pastures and grow up into forest. But in the landscapes further south that had lit-

tle forest cover, there were few sources of propagules, and natural reforestation

was stalled. I was struck at the time by this anecdote, since it clearly revealed a

critical aspect of habitat recovery and restoration that had not yet been widely ap-

preciated by ecologists. But as Janzen (1988) had already pointed out, just as we

consider the e¤ects of habitat loss and fragmentation on species declines, we

should also consider these spatial e¤ects when the habitat fragments are grow-

ing via recovery or restoration (fig. 10.1).

Because habitat destruction and degradation are the leading causes of de-

clines in biodiversity (Wilcove et al. 1998), it logically follows that e¤orts to re-

store native ecosystems to historic conditions should enhance native diversity.

Mark Vellend (2003), who has studied the recovery of deciduous forests in the
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Figure 10.1. Conceptual diagrams of (a) habitat loss and fragmentation and (b) the

reverse process, habitat restoration. The gray areas are native habitat, and the white areas

are transformed habitat.
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northeastern United States, emphasized that “theoretical and empirical research

on habitat loss and fragmentation has focused almost entirely on species dy-

namics in remnant habitat patches . . . If remnant habitat patches provide the

source of colonists for restored patches, it follows that the extent of habitat loss

prior to abandonment should influence reestablishment of populations and com-

munities via the reduction of potential sources of colonists. This suggests a poten-

tially important link between two major themes in ecology and conservation biology:

habitat loss and habitat restoration” (p. 1158; italics mine).

Identifying the ecological consequences of habitat loss and fragmentation has

been a major theme of conservation biology for the past 40 years, and much of

this literature has been covered in the past several chapters. Studies of habitat

loss and fragmentation are essential to conservation biology, where the goal is to

protect, preserve, and maintain biological diversity and ecosystem services. But

the restoration of fragmented landscapes is an increasingly important strategy

for conservation biologists, because it may enlarge the available habitat for native

species, as well as bring back vital ecosystem services or natural capital (A.P. Dob-

son, Bradshaw, and Baker 1997; Clewell 2000; Daily and Ellison 2002; Clewell

and Aronson 2006). Theoretical and empirical studies of habitat loss and frag-

mentation can guide both restoration and conservation activities, because the

spatial position of restored habitats may strongly influence the success of restora-

tion actions for native species and communities. Indeed, the spatial considera-

tions discussed throughout this book, including patch size, isolation, and land-

scape context, are likely to be highly relevant to species persistence in restored

landscapes (Fry and Main 1993; Saunders, Hobbs, and Ehrlich 1993; MacEach-

ern, Bowles, and Pavlovic 1994; P. White 1996; Maschinski 2006). For example,

because dispersal success is reduced in fragmented landscapes, the colonization

of restored habitats is often hindered, so restoration e¤orts must carefully con-

sider the spatial position of restored areas within the landscape.

There are literally hundreds of restoration projects throughout the world that

have been initiated to recover endangered species, restore habitats degraded by

human activities, reduce the cover of invasive species, prevent soil erosion, en-

hance water quality or quantity, provide resources for local communities, or pro-

mote carbon sequestration. There is much to be learned from these e¤orts re-

garding how to successfully introduce ecological processes or species to degraded

sites. Given the emphasis of this book, the focus in this chapter will be narrowed

to include restoration e¤orts that explicitly focus on the spatial aspects of restora-

tion, that is, how the amount and spatial arrangement of habitat patches influ-

ences ecological processes. Several excellent works are available for those who



would like to learn more about theory and practice relevant to other key topics in

the field of restoration ecology, including the use of successional theory and com-

munity assembly theory in designing restoration e¤orts: Weiher and Keddy

(1999); T. Young, Chase, and Huddleston (2001); Daily and Ellison (2002); Tem-

perton et al. (2004); van Andel and Aronson (2005); T. Young, Petersen, and Clary

(2005); and Falk, Palmer, and Zedler (2006).

This chapter considers the conceptual frameworks relevant to spatial consid-

erations in restoration and reviews models that project how the amount and

configuration of habitats might a¤ect the success of restoration for populations

and communities, based largely on colonization and extinction dynamics. Next,

it reviews case studies from several di¤erent landscapes where spatial aspects in

restoration have been considered. These examples include observations and ex-

periments designed to understand the spatial factors that influence the regener-

ation of understory herbs in north-temperate deciduous forests, the colonization

of closed landfills in the New York metropolitan area, tropical forest restoration

in southern Costa Rica, the restoration of riparian vegetation in California, wet-

land community restoration, and the restoration of oak savannas and prairies for

butterflies and moths.

conceptual background

In very simple terms, the process of restoration may be viewed as the reverse of

the processes of habitat loss and fragmentation—simply rewind the tape and

voilà!—restoration is accomplished. I say this somewhat facetiously, however,

since it is far from clear if restoration is truly just the flip side of habitat loss and

fragmentation. For example, there may be significant lags in the colonization of

restored habitats (e.g., Tilman, Lehman, and Kareiva 1997), especially if there are

critical thresholds in the amount of available restored habitat in the landscape

that are required for colonization. Or there may simply be few (or no) propagules

available for dispersal to restored sites, particularly if source sites are located far

away, which would require that humans intervene to introduce appropriate

species to restored sites. This type of intervention is done routinely, which sug-

gests that in many cases, unaided dispersal to restored sites is not feasible.

Hilderbrand, Watts, and Randle (2005) referred to this phenomenon—the lack of

natural dispersal—as the Field of Dreams myth of restoration ecology. This mon-

iker is a reference to the nostalgic 1989movie starring Kevin Costner, who played

an Iowa farmer driven to build a baseball diamond in his cornfield when he hears

a mysterious voice say “If you build it, they will come.” The myth regarding
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restoration is that if the physical structure of a habitat is restored, species will col-

onize on their own. In reality, there may either be no suitable sources, or there

may be significant barriers to dispersal that will prevent the colonization of even

highly suitable sites. Further, populations may be limited not by available habitat,

but by demographic constraints, such as reproductive potential (Schrott, With,

and King 2005), in which case habitat restoration may not be that e¤ective in en-

suring population recovery.

Given all of those caveats, if dispersal among remnant habitat patches limits

species persistence, based on the amount or spacing of habitat patches, then the

theories that have been discussed, especially island biogeography theory and

metapopulation theory (see chapter 2), should be applicable to restoration. Be-

cause Levins’s (1969) original formulation of metapopulation theory derived

from the problem of how to establish persistent populations of biological control

agents in agricultural fields, it provides an analog to the restoration of declining

or extinct populations. Movement among habitat patches is a key component of

both theories, as are colonization and extinction events. In situations where the

probability of dispersal can be enhanced through restoration e¤orts, theory pre-

dicts that species persistence should also be enhanced. In addition to island bio-

geography theory and metapopulation theory, percolation theory may be particu-

larly relevant to restoration when the objective is to restore connectivity among

otherwise isolated patches (J. Williams and Snyder 2005; see also chapter 2).

relevant spatial models

In drawing conclusions from their mathematical model of habitat destruction

and competitive coexistence (a variation on the metapopulation theme), Nee and

May (1992) noted its pertinence to restoration: “The model can be looked at from

viewpoints other than those adopted here. The consequences of patch addition

may be of more relevance to European ecology, if the farmland that is being re-

moved from agriculture over the next decades is not simply paved over” (p. 39).

Despite their recognizable relevance, the application of spatial population and

community models to problems of habitat restoration has a much shorter history

than their use in projecting ecological changes in response to habitat loss and

fragmentation. Tilman, Lehman, and Kareiva (1997) provided a useful starting

point in their consideration of restoring habitat in fragmented landscapes. They

used a spatially explicit cellular automata model (see chapter 9) to simulate habi-

tat destruction and restoration. Their model specified (1) the random selection of

habitat patches to be restored, and (2) no reintroduction of target species to re-
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Figure 10.2. Results of simulation models of habitat restoration following destruction.

The proportion of habitat, plotted on the y-axis, is the amount of habitat available in 

the landscape. In both scenarios, the top line indicates the decline of available habitat

during a period of habitat destruction, and then its increase during a period of habitat

restoration. The bottom line indicates the proportion of habitat occupied by a species

during the destruction and restoration phases. (a) The random restoration of sites. Based

on results from Tilman, Lehman, and Kareiva (1997). (b) The restoration of sites adjacent

to currently occupied sites. Based on results from Huxel and Hastings (1999).

P
ro

p
o

rt
io

n
 o

f 
h

ab
it

at

Time 
1.0

0.50

0.0

Time 

Proportion
of habitat 
occupied

(b)

P
ro

p
o

rt
io

n
 o

f 
h

ab
it

at



stored habitat. Even though random selection may seem unreasonable at first

glance, restoration in the real world is a rather opportunistic enterprise. Sites se-

lected for restoration are often chosen because they are available for purchase, are

inexpensive, or are accessible, but rarely are they chosen strictly on the basis of

their biological potential. The results of Tilman, Lehman, and Kareiva’s (1997)

simulations showed a lag in the proportion of habitat occupied by the target

species during restoration (fig. 10.2a). In other words, the model showed that a

significant number of patches had to be restored before a positive e¤ect on habi-

tat occupancy (population abundance) occurred. Huxel and Hastings (1999) fur-

ther developed this idea and showed, via similar simulation models, that the spa-

tial location of restoration sites critically influenced the proportion of habitat

occupied. In the simulated scenario that specified non-random placement of re-

stored sites adjacent to occupied patches (the adjacent scenario), there was no lag

in occupancy during restoration (fig. 10.2b). When restored sites were adjacent

to occupied sites, the species recovery was rapid, and a greater proportion of the

sites were occupied early in the process of restoration. This obviously suggests a

less risky scenario to ensure population persistence.

Habitat corridors have been widely discussed as a means of connecting frag-

mented habitats (see chapters 3 and 6), and they may also be constructed to en-

hance connectivity in conjunction with restoration projects. J. Williams and Sny-

der (2005) used a neutral model in the context of percolation theory to identify

optimal corridor placement in fragmented landscapes. Recall that neutral mod-

els are comprised of a rectangular lattice in which cells are designated as either

habitat or non-habitat, and a percolating cluster is defined as a collection of con-

nected habitat cells that extends from one side of the lattice to the other. The au-

thors varied the amount of habitat (p) in the simulated landscape and used either

the 4-, 8-, or 12-cell neighbor rule (see chapter 2) to define connectivity in each

simulation. For each combination, they estimated two types of corridors: the 

geometric-shortest path, which was defined as the shortest continuous corridor

across the lattice, and the least restoration path, which was the path that involved

the restoration of the fewest cells. Simulations showed that either of these shortest-

path connections resulted in far fewer habitat cells that required restoration than

would be the case for randomly located restoration sites, which is analogous to

the adjacent-scenario results of Huxel and Hastings (1999) for habitat patches.

Additionally, the length of the shortest paths required for connectivity generally

declined with the amount of habitat in the landscape; with more habitat, the

number of restored cells required was lower, but the least restoration path re-

quired fewer restored cells to achieve connectivity than did the geometric-shortest
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path. Although this modeling framework imposed many assumptions on the

system that may be unrealistic (based on empirical studies of animal and plant

use of corridors), this method of identifying corridors may be useful for deciding

among alternative corridor configurations when planners are faced with restor-

ing landscape connectivity in real landscapes.

The models discussed so far adopt the logical assumption that habitat restora-

tion should reverse declines in species that have su¤ered from the e¤ects of habi-

tat loss and fragmentation. But what if that assumption is not always valid? Be-

fore restoration actions are initiated, it would probably be wise to discern whether

populations that have declined due to habitat loss would be likely to be recovered

by habitat restoration. To test this essential assumption, Schrott, With, and King

(2005) used a spatially structured demographic model in combination with a neu-

tral landscape model to ask whether habitat restoration would benefit popula-

tions with varying sensitivities to habitat loss and fragmentation. The model was

based on the features of three generic species of migratory songbirds that dif-

fered in their sensitivity to habitat edges. Parameters for the highly edge-sensitive

species dictated that they would have the largest decline in reproductive success

with increasing edge-area ratio (analogous to the perimeter-area ratio) of habitat

fragments, while medium-sensitivity birds were modeled to exhibit intermediate

declines, and low-edge-sensitivity birds to have the lowest declines. The model

projections indicated that habitat restoration was most e¤ective for (1) species

with low-to-moderate edge sensitivities and (2) in landscapes that were not

highly fragmented. For populations of species that were highly edge-sensitive, or

any species in heavily fragmented landscapes, in order to be successful, restora-

tion needed to be imposed well before the population was deemed to be vulner-

able to extinction. In most real-life situations, habitat restoration does not occur

until a population is at risk of extinction, but the model results suggest that some

populations cannot be recovered at this point solely through habitat restoration.

This is because habitat loss and fragmentation, and the accompanying negative

edge e¤ects, have compromised the species’ reproductive inertia. The authors ar-

gued that in these situations, reversing declining populations would need to rely

more on improving the demographic potential—via management actions that

enhance survival, fecundity, or dispersal success—than on habitat restoration.

This is an intriguing result and it suggests the need for further exploration of the 

conditions under which restoration is likely to positively influence population

recovery.

The simulation models just discussed were constructed to explore generaliza-

tions for species with generic life-history traits; they were general models that
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could apply to many di¤erent species or situations. But in some cases, compara-

ble models have been designed and evaluated to address restoration needs for

distinct species in particular settings. For example, the notion that the spatial po-

sition of restoration sites is likely to influence restoration success may be espe-

cially true for rare species that are habitat specialists and have relatively limited

dispersal. One such species is the valley elderberry longhorn beetle, or VELB

(Huxel and Hastings 1999; Collinge et al. 2001; Huxel et al. 2003). The VELB is a

threatened species that inhabits elderberry bushes that grow in riparian wood-

lands along rivers and streams in California’s Central Valley. Repeat surveys of

VELB populations between 1991 and 1997 (Collinge et al. 2001) suggested that

the colonization of suitable habitat patches occurred within, but not between,

separate drainages. Mitigation or habitat restoration is routinely used as an as-

pect of VELB recovery throughout the Central Valley (U.S. Fish and Wildlife Ser-

vice 1984; Talley, Wright, and Holyoak 2006), and it involves planting elderberry

bushes along rivers and streams. Because most habitat loss occurs near Sacra-

mento as a result of urban development, most mitigation sites have been located

relatively near that city.

To investigate the role of mitigation site placement on population persistence,

Gary Huxel developed an individual-based, spatially explicit simulation model to

examine demographic and stochastic factors that may influence the viability of

VELB populations. Similar to the approach used in Huxel and Hastings (1999),

he also explored the role of restoration site location on overall population persis-

tence (Huxel and Collinge, unpublished data). In addition to significant e¤ects of

varying demographic parameters on population persistence, the model revealed

that mitigation site placement also had a significant e¤ect on VELB site occu-

pancy (table 10.1). In particular, when sites were located adjacent to occupied

sites throughout the 250 km long Sacramento Valley, regional population persis-

tence was greater than that for the present configuration of mitigation sites clus-

tered near Sacramento. The results from these as-yet unpublished data support

the generic findings of Huxel and Hastings (1999), namely, that the placement of

mitigation sites adjacent to occupied sites may influence regional population per-

sistence. Consistent with these model projections, Talley, Wright, and Holyoak

(2006) reported that surveys of mitigation sites for VELB along the Sacramento

River showed that a greater percentage of VELB exit holes were found at sites in

close proximity to existing riparian vegetation, which is where extant VELB pop-

ulations would occur.

Models such as the one described for the VELB can provide recommendations

for a choice of restoration sites, which may greatly enhance conservation effi-
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ciency in a world of limited financial resources. Schultz and Crone (2005) con-

structed a model for another rare species, the Fender’s blue butterfly (Icaricia

icarioides fenderi ), which occupies scattered patches of upland prairie habitat in

the Willamette Valley of Oregon. Because most of the prairie habitat has been

converted to agriculture, the long-term recovery of this species will be likely to in-

volve considerable habitat restoration (Schultz 2001). Field studies of this but-

terfly over several years revealed particular aspects of its behavior and demogra-

phy that led the authors to recommend a couple of simple, straightforward rules

for prioritizing restoration sites. These rules were that sites chosen for restora-

tion should be within 1 km of an occupied site (based on butterfly movement be-

havior) and at least 2 ha in size (based on butterfly demography). Schultz and

Crone (2005) compared this set of simple rules to the results obtained from two

simulation models to assess whether the rules made sense in terms of long-term

butterfly persistence. They constructed two models—an incidence function

model and a spatially explicit individual-based model—to simulate population

dynamics in the existing network of habitat patches. The incidence function

model (see chapter 9) was a useful approach for modeling the long-term steady-
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Table 10 .1

ANOVA results of a spatially explicit, individually based simulation model for the
valley elderberry longhorn beetle (VELB) that varied the parameters associated with
dispersal distance, juvenile survival, and mitigation site placement to project the
proportion of sites occupied by the VELB. Mitigation site placement significantly
influenced site occupancy (P � 0.05), and the e¤ects of dispersal distance on site
occupancy depended significantly on juvenile survival (dispersal distance � juvenile
survival, P � 0.001). SYSTAT 7.0 for Windows (SPSS Inc., Chicago, IL) was used for
the data analyses.

Site occupancy

Source of variation df MS F-ratio P

Dispersal distance 1 6055.2 111.7 0.001

Juvenile survival 1 9073.8 167.4 0.001

Mitigation site placement 1 231.2 4.2 0.043

Dispersal distance � Juvenile 1 2101.2 38.8 0.001

survival
Dispersal distance � Mitigation 1 1.2 0.02 0.880

site placement
Juvenile survival � Mitigation 1 1.2 0.02 0.880

site placement
Dispersal distance � Juvenile 1 45.0 0.83 0.365

survival � Mitigation site 
placement

Error 72 54.2



state occupancy of habitat patches in the network. The individual-based model

was useful for identifying the short-term population dynamics of butterflies

within the network of patches. To identify high-priority sites for restoration, they

used the individual-based model to simulate population dynamics in 146 sepa-

rate iterations, with the addition of one potential restoration site (out of 146 pos-

sibilities) per iteration.

The simulation results showed consistency between the simple rules and the

more complex models—all converged on the finding that the restoration of large

connected patches would provide the greatest benefit to the Fender’s blue but-

terfly population. More specific results from the individual-based model revealed

that small connected patches would have a higher restoration value than large

isolated patches. Output from the incidence-function model, however, suggested

that patch size and connectivity were equally important criteria for choosing

restoration sites. The authors reasoned that these di¤erent results emerged from

assumptions made with the two di¤erent model types, where the incidence-

function model predicted long-term, stochastic, steady-state conditions and the

individual-based model projected colonization dynamics over a shorter period

(25 years were modeled in the simulations). Schultz and Crone concluded that

restoration sites should be prioritized based on the results of shorter-term simu-

lations, which meant that their recommendations were to select sites that were

less isolated, regardless of size, since butterflies would be more likely to colonize

nearby sites. More generally, they concluded that restoration should prioritize

less isolated sites in situations where colonization dynamics are likely to be a key

aspect of population persistence. As is always the case in any study, other features

of butterfly habitat could have been included in models designed to set priorities

for restoration, but this analysis provided a pragmatic, simple, and highly re-

peatable approach to selecting restoration sites that was firmly based in species

biology and confirmed with simulation models. This method certainly holds

promise for other systems in which these key features of species behavior and de-

mography have been well characterized.

Chinook salmon are another declining species for which habitat restoration 

is likely to be a critical component of species recovery. Isaak et al. (2007) con-

structed statistical models to determine associations between habitat quality,

size, and connectivity and the occurrence of chinook salmon (Oncorhynchus

tshawytscha) nests. Data included annual censuses of salmon nests and field mea-

surements of habitat characteristics at 43 sites across a network of streams in

central Idaho. The results showed that the most likely models for nest occurrence

included habitat size and connectivity, with habitat quality being of little impor-
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tance in the models. Habitat connectivity was strongly associated with nest oc-

currence, but connectivity interacted with habitat size, in that connectivity was

relatively more important when habitat size (i.e., a patch that contained salmon

nesting sites) was small. The authors concluded that habitat restoration should

either target the expansion of existing nesting areas or create new habitats in sites

located in places where they would increase habitat connectivity. Although the

authors did not specifically evaluate particular restoration sites based on their

size and connectivity, as in the butterfly example above, the rigorous analysis of

census data with the spatial features of salmon habitat provided defensible guide-

lines for restoration activities. Mindful of these findings from modeling studies

about what spatial features may influence restoration success, this chapter now

turns to empirical studies that have explored habitat spatial features and their in-

fluence on the success of population and community recovery.

case studies from the field

Understory Herbs in Deciduous Forests

It is estimated that between 3000 BC and AD 1086, forest cover in the United

Kingdom plummeted from 85% to 15% of total land cover (Peterken 1996). For-

est cover reached a low point of 4% of total land cover in 1895, but by 1992, for-

est cover was estimated at 11%, indicating regrowth. A similar pattern of land

conversion occurred in northeastern North America, but it started much later—

widespread forest clearing began in the early 1700s, and by about 1850 defor-

estation reached its peak, with 80% of the forests having been cleared for agri-

cultural activities (Foster 1992). By 1970, however, New England was 80%–90%

forested. This natural recovery of forests on both sides of the Atlantic occurred

without active restoration e¤orts, so forest species relied on opportunistic recol-

onization of abandoned agricultural fields from old-growth remnant forests

nearby.

Vellend (2003) wondered whether, in particular, the recolonization of forest

understory herbs in recovered forests might have been influenced by landscape

context. In Europe, the designation ancient forest refers to forests that are either

primary forests that were never cut, or regrowth forests that are so old that they

pre-date maps of the region. In North America, ancient forest generally refers to

primary old-growth forests. Vellend compiled data sets on ancient forest herb di-

versity (referring to herbs that had occurred with higher frequency in ancient ver-

sus recent forests) and landscape composition from 10 sites in Europe and North

America—including Germany, Denmark, the United Kingdom, Belgium, the
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Netherlands, Poland, and three sites in northeastern North America—to assess

associations between forest cover and forest herb diversity. Data on forest herb

diversity were analyzed in relation to the proportion of ancient forest in the sur-

rounding landscape, the proportion of recent forest, and the time since agricul-

tural abandonment. Further, Vellend developed a metapopulation model to pro-

ject the patch occupancy of ancient forest herbs in recent forest patches, based on

the relative proportion of ancient and recent forest patches in the landscape and

on their relative dispersal ability (i.e., slow colonizers versus fast colonizers).

Despite di¤erences in forest types and geography, Vellend’s results showed

very clearly that the proportion of ancient forest in a landscape accounted for over

65% of the variation in species diversity of forest herbs (fig. 10.3). Put simply, the

proportion of old-growth forest in the surrounding landscape was strongly posi-

tively associated with the diversity of forest herbs in recent, post-agricultural for-

est patches. When the ratio of forest herbs in recent forests versus ancient forests

was high, this indicated that recent forests had understory herb diversity similar

to that of ancient forests (fig. 10.3). So with a higher cover of ancient forest in the

surrounding landscape, the recovery of species diversity in secondary forest
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United Kingdom, Europe, and North America. Regression of log PA on SR/SA, partial r2

� 0.76, with P � 0.001. Redrawn from Vellend (2003).
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patches appeared to proceed more readily. Interestingly, Vellend’s modeling re-

sults also showed that the preservation of ancient forests in a landscape is far

more important for the recovery of forest herbs than the area covered by recent

forests, which argues more urgently for the conservation of old-growth forests

wherever they occur. Vellend concluded that “severe habitat loss greatly delays

the process of natural restoration” (p. 1163). This fits closely with the observa-

tions of tropical dry forest regrowth with which this chapter began—in areas of

low forest cover, recolonization is often stalled, perhaps for decades or even cen-

turies.

Additional studies of plant recolonization patterns in recovered forests have

confirmed and expanded upon these initial results from Europe and North

America. For example, Vellend (2004) showed that both forest herb diversity and

the genetic diversity of Trillium grandiflorum, a representative forest herb, were

higher in primary forests than in secondary forests in central New York State.

The assumption was that lower forest herb diversity in secondary forests was due

to the fact that forest herbs were still in the process of recolonization following

forest clearing from 70 to 100 years ago. The genetic diversity of T. grandiflorum

proved to be lower in secondary forests, probably due to lower population sizes

relative to those in primary forests. So the e¤ects of forest clearing on species and

genetic diversity in this region appear to have persisted for decades, probably be-

cause of the limited dispersal of forest herbs into cleared sites. This has obvious

implications for restoration in fragmented landscapes. The results suggest that

leaving sites alone to recover on their own (the “let nature take its course” rou-

tine) may require waiting a very long time, or forever, until native diversity is re-

established.

Di¤erences in forest recovery across regions may reflect di¤erences in species

dispersal related to landscape spatial configuration. The recovery of understory

herbs in recent forests across three regions of Flanders, Belgium, showed a

strong positive association between the degree of recovery and patch connectiv-

ity and age (Verheyen et al. 2006). Environmental conditions appeared to play a

lesser role than landscape context in the recovery of these forests. Forests that

were further along the trajectory of recovery tended to have a higher proportion

of both vertebrate-dispersed species and species with short-distance dispersal,

suggesting the importance of spatial factors for the colonization of dispersal-

limited species.

The story on lower forest herb diversity in recent forests appears to hinge not

only on limited dispersal from ancient forests, but also on sub-optimal environ-

mental conditions in secondary forests. Vellend (2005) observed that for Trillium
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grandiflorum, adult plants had higher population densities, grew larger, and were

more likely to flower in primary versus secondary forests in central New York

State, suggesting that restoration activities for these species must consider dis-

persal limitation as well as appropriate environmental conditions. Key environ-

mental factors supporting higher T. grandiflorum growth were not specifically

identified in this study, but Vellend posited that populations may be limited by

herbivory, pathogen infection of seedlings, lack of mycorrhizal associations, or

competition with other plant species.

Collectively, these studies of the natural colonization of secondary forest

patches by understory herb species suggest a strong role for landscape context in

influencing processes and patterns of recovery. Even though forest recovery in

these examples did not involve active human intervention, the observational data

and modeling e¤orts clearly reveal the importance of ancient forest patches for

forest recovery and provide tangible guidance for north-temperate forest conser-

vation and restoration e¤orts.

Woody Plants on Closed Landfills

Although much of the northeastern deciduous forest in the United States has re-

covered since the 1850s, there remain many severely degraded sites. For exam-

ple, native forests in certain locations were cleared to create sanitary landfills

(sites where garbage is dumped and buried over several decades). Once these

landfills are full, they are usually capped with soil, planted with grass, and then

left alone. Steven Handel and colleagues began a research program in the 1990s

to investigate delayed natural succession on closed landfills (G. Robinson, Han-

del, and Mattei 2002). They visited a number of such sites in the New York met-

ropolitan area and observed that many had not developed natural plant commu-

nities, even a couple of decades after closure. Both observations and experiments

ultimately demonstrated that woody plant succession on capped landfills was

limited by the lack of seed dispersal to these sites. Many trees and shrubs of the

eastern North American flora are bird dispersed, so the authors suspected that

the absence of succession was due to the lack of avian seed dispersal of woody

species to these sites.

Two sets of observations suggested that, in fact, dispersal may be limiting the

recruitment of woody species on closed landfills. G. Robinson, Handel, and

Schmalhofer (1992) studied the natural woody plant colonization of a landfill in

New Jersey, which was located within a small established plantation that had

been used to test tree species suitable for planting on landfills. The authors ob-
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served that many new plants had recruited to the site, and most were bird-

dispersed species. Given the close proximity of the recruiting plants to the

planted trees, these authors reasoned that the small tree plantation had o¤ered

perching sites for avian frugivores, which dispersed seeds in the plantation and

facilitated recruitment. G. Robinson and Handel (1993) studied another site, the

Fresh Kills landfill on Staten Island, New York, where clusters of trees and shrubs

had been planted on the capped landfill one year prior to their observations. They

found that over 1000 woody plants had colonized the site naturally and that the

number of colonizing seedlings was positively related to the number of plants

that were originally transplanted into the plots. Thus local plant density was pos-

itively associated with seedling recruitment. These results confirmed the notion

of nucleation for colonizing species, which is the idea that patches of vegetation

can serve as focal points for the rapid spread of invading species. Nucleation has

generally been discussed in the context of unwanted, invasive exotic species (e.g.,

Moody and Mack 1988). However, the strategic placement of focal plantings may

also be quite e¤ective in promoting the colonization of desirable species as well.

At a broader spatial scale, the number of seedlings of bird-dispersed species was

associated significantly with the distance to a natural source of colonists (a nearby

woodland remnant); more seedlings occurred in plots that were closer to nearby

woodlands (G. Robinson and Handel 1993).

Subsequent experiments by Handel’s research group confirmed that limited

seed dispersal to closed landfill sites may be largely responsible for delayed suc-

cession. In one experiment at Hackensack Meadowlands, New Jersey, G. Robin-

son and Handel (2000) installed habitat islands to see whether clusters of scat-

tered trees would attract avian frugivores, and whether the size of the trees that

were planted would influence visitation by avian frugivores. This was essentially

a test of the conditions required to restore this vital plant-animal interaction in a

fragmented landscape. They also measured the woody plant colonization of ad-

jacent empty plots (i.e., ones that were not planted). The planted plots had 2–4

times the densities of plant recruits (primarily represented by seedlings of avian-

dispersed species) as did the unplanted plots, which demonstrated that plantings

did attract avian frugivores and confirmed the nucleation concept. Seedling re-

cruitment was concentrated in close proximity to experimentally planted plots,

and recruitment was also associated with the distance from a natural source of

colonists. As noted in the observational studies above, spatial e¤ects on woody

plant colonization occurred at both local and broad spatial scales. Notably, the

woody flora of the woodland-remnant source habitat was impoverished com-
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pared to intact deciduous forests in this region, and the relatively few species that

colonized the landfill site reflected that low diversity.

In a second experiment at the Fresh Kills landfill on Staten Island, researchers

varied the size of the plantings, ranging from 7 to 70 individuals per cluster (G.

Robinson, Handel, and Mattei 2002). The dispersal of seeds into the planted clus-

ters was high, as was observed in the previous experiment, but this experiment

showed that cluster size did not influence seed dispersal into the clusters

significantly. Clusters that were in close proximity to a woodland remnant, which

was a natural seed source, received significantly more seeds than those farther

away, demonstrating a strong spatial e¤ect of the seed source (fig. 10.4). Equally

interesting was the observation that all clusters, even those at the far end of the

site that were 600m from the woodland remnant, received many seeds, suggest-

ing that all clusters functioned to some extent in attracting avian frugivores. A

serendipitous but revealing observation from this experiment was that during

the second year of the study, about half of the area of the source woodland rem-

nant was cleared, and seed rain into the site also declined substantially. This ac-

cidental part of the experiment helped to confirm the significance of the wood-

land remnant as a source of seeds for the colonization of the landfill.

Spatial e¤ects were demonstrated at two spatial scales in these studies of

landfill succession. First, seedling recruitment was higher around the focal plant-

ings, which probably o¤ered perching sites for birds, thereby enhancing disper-

sal and recruitment. Second, recruitment declined with increasing distance from

the woodland remnants, which served as a broad-scale source (hundreds of me-

ters) of fruiting trees and shrubs. In their summary of observational and experi-

mental studies of landfills, G. Robinson, Handel, and Mattei (2002) emphasized

the general notion that native seed sources were essential for promoting ecolog-

ical succession on degraded sites, and thus that habitat restoration is absolutely

dependent on the conservation of remnant habitats. Although Handel and col-

leagues have focused on woody plant succession, their findings echo those of Vel-

lend (2003) for understory herbs, in that the presence and composition of source

habitats is critical for the colonization of secondary or restored habitats.

Tropical Montane Forests

In tropical forests, as in temperate forests, many seeds are dispersed by animals,

so the recovery of forests is likely to depend on the behavior, abundance, and spa-

tial distribution of these species. In southern Costa Rica, as in the dry forests of
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Guanacaste, much forest has been cleared for cattle pasture. Karen Holl studied

forest regeneration at a previously forested site that was cleared for a co¤ee plan-

tation, and then used as a cattle pasture until it was abandoned in 1995. In a sum-

mary of several years of research, Holl et al. (2000) concluded that the lack of dis-

persal of forest seeds to the site, as well as competition from pasture grasses,

imposed the greatest obstacles to forest regeneration in this abandoned pasture.
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Figure 10.4. Top: The experimental design of plantings to evaluate the e¤ect of cluster

size on seedling recruitment at the Fresh Kills landfill, Staten Island, New York. The size

of the circles is scaled to the number of plants per cluster: small � 7 plants, medium �

21 plants, large � 42 plants, and extra-large � 70 plants. A native woodland remnant is

located on the left edge of the experimental planting area. The four darker gray circles

are those four clusters that received the most seeds. The distance from one end of the

site to the other is 570m. Bottom: Woody plant colonization (foreground) of the Fresh

Kills landfill, Staten Island. Diagram and photo courtesy of Steven N. Handel, Rutgers

University.



Several observations and experiments revealed the relative importance of bird-

perching structures, planted trees and shrubs, and remnant pasture trees for pro-

moting seed dispersal and seedling establishment. Bird perches have been used

in other systems to facilitate avian seed dispersal (e.g., McClanahan and Wolfe

1993), and in this tropical setting perches did attract birds to deposit seeds, but

seedling establishment was still low under these structures, due to competition

from pasture grasses. Planting native trees and seeding shrubs showed potential

in accelerating forest succession, but the results were variable. Some of the

planted trees were attacked by herbivores; many of the shrubs germinated, but

their seedlings did not survive due to competition from grasses. However, the

trees and shrubs that did survive facilitated avian seed dispersal and enhanced

the establishment and survival of forest tree seedlings, probably because they

o¤ered a refuge from competition with pasture grasses. Remnant pasture trees

also showed promise as a means for promoting forest regeneration. More seeds

were deposited, more seedlings were established, and planted trees grew more

quickly near remnant trees. These results share similarities with Handel’s land-

fill studies, in that plantings locally a¤ected both seed dispersal and seedling es-

tablishment.

An ambitious broad-scale experiment was recently established by Holl and

colleagues to ask whether applied nucleation facilitates forest recovery in di¤erent

landscape settings. The experiments involve three native seedling planting treat-

ments (fig. 10.5): plantation, which consists of rows of trees; islands of three

di¤erent sizes; and control sites with no plantings (K. Holl, pers. comm.), for a to-

tal of over 8000 tree seedlings! Each block was planted at one of 16 (1 ha) sites, in

settings that di¤er in the amount of forest cover, in order to assess the local and

landscape e¤ects on forest ecosystem recovery. Early results on visits by avian

seed dispersers suggest that both island size and tree species a¤ect the number

and duration of the visits (Fink et al., forthcoming).

Understory Vegetation in Riparian Woodlands

There may be instances where restoration site size, isolation, or context have rel-

atively small influences on restoration success, and these cases may be able to

teach us just as much about the conditions under which spatial features are likely

to a¤ect the colonization of restored sites as the ones previously discussed. For

example, Holl and Crone (2004) sampled riparian forest understory species that

had naturally colonized 15 riparian restoration sites along the Sacramento River

in central California. This large river has been heavily modified, and by the late
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1970s, only about 5% of the native riparian vegetation remained as small isolated

patches (Greco 1999). Restoration e¤orts along the river involve planting woody

species, in the hope that understory plant species and riparian woodland animals

from surrounding remnant sites will colonize these areas.

Holl and Crone (2004) observed much heterogeneity in native understory

species occurrence among the restored sites, but the native understory species

were generally slow to colonize restored riparian sites—remnant forests di¤ered

significantly in their understory species composition from older restored sites.

The richness and abundance of native species in the restored sites was signifi-

cantly negatively a¤ected both by the presence of exotic species and by isolation

from the remnant forest. However, the majority of the variance in native richness

was attributed to exotic cover. More native species occurred in restored sites that

were closer to the remnant forest, but the amount of variance in native richness

explained by this variable was quite low. Landscape context did a¤ect seed dis-

persal to restored sites. The abundance of wind-dispersed species was highest 

in sites that were surrounded by less than 20% of the remnant forest, water-

dispersed species were most abundant at sites closer to the river, but animal-

dispersed species were not a¤ected significantly by the composition of the sur-

rounding landscape. In general, Holl and Crone concluded that patch size and,

to a lesser extent, isolation were relatively weakly associated with understory

plant species richness and cover in this system. At these restoration sites, native

plant species richness was strongly governed by the presence of exotic species,

rather than the spatial attributes of the sites. Exotic species distribution, in turn,

was una¤ected by landscape variables, but was strongly influenced by local vari-

ables (such as the amount of overstory cover), with lower exotic richness and

cover in sites with high overstory cover. E¤orts aimed at restoring native under-

story plant communities in this highly fragmented landscape may be most suc-

cessful if they focus on methods for improving local conditions, such as increas-

ing overstory cover and reducing exotic cover, rather than emphasizing the

spatial location of restored sites.
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Figure 10.5. (opposite) Schematic of an experimental design (top) and photograph of one

experimental block (bottom) of forest restoration in Costa Rica, illustrating plantation

treatment (left), control treatment (middle), and island treatment (right). The gray areas

are planted with seedlings of four trees—Erythrina poeppigiana (E), Inga edulis (I),

Terminalia amazonia (T), and Vochysia guatemalensis (V)—and the white areas are

unplanted.



Wetlands

Limited colonization may also explain the di¤erences in vegetation between re-

stored and natural wetlands. For example, Galatowitsch and van der Valk (1996)

and Seabloom and van der Valk (2003) surveyed plant assemblages in a collection

of naturally-occurring and restored prairie pothole wetlands in northern Iowa.

The restored wetlands had not been planted with native species, so their species

composition reflected natural colonization over the less-than-10-year period

since their hydrology was restored. The former study assessed the colonization

of the restored wetlands by native wetland plants in its early stages (within 3

years), and the latter study evaluated plant species composition after 5 to 7 years

of colonization. In both studies, despite similar hydrology in the two types of wet-

lands, vegetation in the restored wetlands did not reach the diversity found in the

natural wetlands, but it was a subset of that found in natural wetlands. The re-

stored wetlands had lower species richness and more annual species (indicative

of disturbed areas) than the natural wetlands. Interestingly, exotic species rich-

ness was similar between the natural and restored wetlands.

Both studies concluded that the restored wetlands di¤ered from the natural

wetlands in native species composition because of limited seed dispersal to the

restored wetlands. Exotic species are often superior dispersers, so their similar-

ity in natural versus restored wetlands suggested that they were perhaps not dis-

persal limited and thus were able to colonize all the sites. Neither study explicitly

analyzed the species composition of wetlands in relation to wetland spatial posi-

tion, but a direct comparison of natural and restored wetlands within the same

landscape would likely have controlled for any biases in spatial position between

the natural and the restored wetlands. Spatial position may be important at sev-

eral spatial scales in this landscape. As Galatowitsch and van der Valk (1996)

pointed out, the overall coverage and spatial distribution of prairie pothole wet-

lands in this region has changed dramatically over the past 100 years. Most wet-

lands have been drained and converted to agricultural uses, so the few remain-

ing natural wetlands are much more isolated than they were previously. The

spatial location of natural wetlands relative to restored wetlands is therefore likely

to strongly influence the colonization of restored wetlands by native plants.

Isolation may limit plant dispersal to restored sites, and it may also a¤ect the

interactions of plants with other organisms. For example, Watts and Didham

(2006a, b) studied the interaction of the invertebrate community in general, and

an undescribed species of herbivorous caterpillar (Lepidoptera: Batrachedra sp.)

240 e c o l o g y  o f  f r a g m e n t e d  l a n d s c a p e s



in particular, on a wetland plant, Sporadanthus ferrugineus (Restionaceae), that in-

habits New Zealand peat bogs. Experimental, potted S. ferrugineus plants were

placed at six distances (from 30 to 800 m) from an intact bog and allowed to be

colonized by invertebrates for 6, 12, and 18 weeks. The researchers observed a

steady decline in the abundance and richness of invertebrate species with in-

creasing distance from the intact bog, showing that invertebrate colonization of

isolated plants was limited (Watts and Didham 2006a). For the stem-boring cater-

pillar, the decline in abundance with distance was sharper; at 400 to 800m, there

were few to no caterpillars present on the host plant (Watts and Didham 2006b).

The authors assessed the rate of recovery of this plant-herbivore interaction by

surveying the herbivore on restored habitat islands that were three or six years

old and were located from 30 to 800 m from an intact bog. In the three-year-old

restored islands, oviposition by the herbivore was similar at all distances, and for

six-year-old islands, the levels of herbivory were similar to those in the intact bog.

So, despite the strong e¤ect of isolation on this plant-insect interaction, recovery

was fairly rapid following restoration.

The disruption of plant-insect interactions in restored habitats could poten-

tially have negative e¤ects on plant persistence. Ramp (2005) studied pollina-

tion of the endangered herb Lasthenia conjugens (Asteraceae) in restored and 

naturally-occurring vernal pools in central California. Like prairie pothole wet-

lands in the midwestern United States, vernal pools are spatially discrete wet-

lands that have become increasingly isolated as a result of land conversion (Bar-

bour et al. 1993). Vernal pools in California are ephemeral wetlands that host a

distinct flora during the dry phase, and many of the endemic vernal plants re-

quire specialized pollinators for successful reproduction. In a complex of re-

stored vernal pools adjacent to a collection of naturally-occurring pools, Ramp

(2005) observed little or no visitation of specialist solitary bees to L. conjugens

flowers in the restored pools, but she did observe bees in the natural pools. In re-

stored pools, flowers were visited by gnats in the genus Eugnoriste (Sciaridae) in-

stead of bees, but there were no di¤erences in L. conjugens seed set between the

natural and the restored pools. The restored pools may have lacked bee visits due

either to their relatively small floral displays or to limited dispersal by the bees

from natural pools—in other mark-recapture studies, bees were observed to for-

age only up to 20 m from the site of capture (Thorp 1990)—since the restored

pools in this study were located 10–110m from natural pools. Although the spe-

cialized plant-pollinator interaction was disrupted in the restored pools, gnats ap-

peared to compensate for this by providing pollinator services. Further explo-
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ration of these sorts of functional redundancies in species’ roles within restored

ecosystems may shed light on how habitat modification a¤ects relationships be-

tween biological diversity and ecosystem services.

Habitat for Butterflies and Moths

Because plant-insect interactions may be substantially altered in restored sites

that are relatively isolated from native habitats, e¤orts explicitly aimed at restor-

ing animal populations may also fall short if dispersal is hampered by a lack of

landscape connectivity. Animal reintroductions have primarily involved species

that have declined due to overexploitation by humans, such as the gray wolf in

the Yellowstone National Park ecosystem in the western United States, or exotic

predators, such as the brush-tailed bettong in South Australia. In these cases the

habitat is largely intact, but new populations must be established from the re-

lease of translocated individuals or those bred in captivity. But probably the most

frequent restoration projects geared explicitly toward restoring habitat to en-

courage the recovery of animal populations are those for butterflies and moths

(Lepidoptera) that inhabit fragmented landscapes, such as the Fender’s blue but-

terfly studied by Schultz and Crone (2005). The successful establishment of pop-

ulations may be critically dependent on habitat connectivity; for example, Hanski

(1999) observed that “reintroductions of British butterflies to isolated sites have

generally produced only temporary success at best . . . [while] butterfly introduc-

tions in patch networks have produced better results” (pp. 190–191).

To investigate the e¤ects of landscape spatial structure on the success of re-

covery e¤orts, Keith Summerville and colleagues studied moths in restored oak

savanna (Summerville, Steichen, and Lewis 2005) and tallgrass prairie (Sum-

merville, Bonte, and Fox 2007) habitats in central Iowa. Both habitat types have

declined to less than 1% of their historic range in Iowa, so habitat restoration is

a crucial component of recovery for the species that occupy these habitats. Re-

searchers found that for all moth species that occurred in oak savannas, richness

was generally higher in large patches that had minimal edge and were dominated

by oaks. Surprisingly, the richness of oak-specialist moths as a group was higher

in isolated patches, but this was probably because patches with high connectivity

tended to be dominated by tree species that were not suitable hosts for these

highly specialized species. In this case, the quality of patches and their connec-

tions influenced species occurrence patterns significantly (Summerville, Stei-

chen, and Lewis 2005). For moths sampled from tallgrass prairie, richness in-

creased with the age of the restored site, suggesting that colonization exceeds
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extinction in these sites, allowing species to accumulate over time (Summerville,

Bonte, and Fox 2007). Moreover, the species composition of established restored

sites was more akin to remnant sites than to newly restored sites. Di¤erences in

moth communities among the sites were related to particular combinations of

ecological traits that were shared among species. For example, species that had

long flight periods, produced several generations per year, and were regionally

abundant tended to occur at most sites, including newly restored prairies, but

those with more restricted dispersal occurred primarily on remnant sites (Sum-

merville, Conoan, and Steichen 2006). Taken together, these results support the

notion that habitat spatial characteristics, as well as habitat quality, are likely to

influence the success of restoration e¤orts.

Do butterflies colonize restored prairies in the same way that moths do? Shep-

herd and Debinski (2005) studied butterflies that occur in the same region of cen-

tral Iowa that was described in Summerville’s moth studies. They examined but-

terfly and plant richness and abundance in three di¤erent settings: in remnant

prairies surrounded by non-prairie habitat, in restored prairies that were inte-

grated within a large complex of restored prairie, and in isolated restored prairies

that were surrounded by non-prairie habitat. All restored sites were between 4

and 11 years old. Butterfly species richness was highest in the remnant prairies

and lowest in the isolated restored prairies. Correspondingly, plant diversity was

highest in the remnants and lowest in the isolated restored sites. But a quite in-

teresting result from this study was that butterfly species richness was similar in

the integrated restoration sites and the remnant prairies. Additionally, the rich-

ness, but not the abundance, of seven habitat-sensitive species (i.e., those that are

typically found in grasslands with relatively little human disturbance) was simi-

lar between the integrated restoration sites and the remnant prairies. These re-

sults suggest that isolation a¤ects the success of tallgrass prairie restoration for

butterflies, since isolated restored prairies had been colonized by fewer species

than the integrated restored sites. The remnant prairies in this study may be

large enough to support viable populations of habitat specialists, even though

they are surrounded by non-prairie habitat, but restored sites clearly benefited

from being surrounded by other prairie habitat.

synthesis

Ecological theory related to fragmented habitats has been usefully applied in con-

sidering problems in ecological restoration. This review concentrated primarily

on research that emphasized a spatial component to restoration, so it cannot pro-
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vide a fair evaluation of whether local or landscape factors are more likely to in-

fluence restoration success. Several studies have clearly demonstrated strong

e¤ects of landscape spatial position on the colonization of restored sites; other

studies, however, have shown weaker e¤ects of landscape spatial features. Fur-

ther modeling e¤orts would be useful in applying theory to restored situations,

such as evaluating which habitat patches should be selected for species intro-

ductions and how many patches should be used for introductions (e.g., expand-

ing on the study by Schultz and Crone 2005). For example, C. Thomas and Han-

ski (1997) suggested that as a broad generalization, introduction at multiple sites

would be likely to be more successful for relatively sedentary species with high

rates of population increase, but which are still vulnerable to random variation in

environmental conditions (such as many arthropod species). But single-site in-

troductions may be more appropriate for species with low population growth

rates, for species more strongly a¤ected by random variation in demographic

rather than environmental parameters, and for instances when only a small

number of individuals are available for introduction, as is the case for many ver-

tebrate species (C. Thomas and Hanski 1997).

Despite some progress, we are still in the early stages of this research agenda,

and much work remains to be done. For example, it would be worthwhile to com-

pare naturally occurring and restored sites within a single metapopulation or

metacommunity analysis, both to see how dynamics di¤er and to determine the

relative contribution of each to overall population dynamics. Further, it would be

useful to investigate whether species interactions vary systematically in restored

versus natural fragments, depending on their spatial context. There is a dearth of

long-term evaluations of restoration sites in order to determine whether they are

successful and are contributing to regional population dynamics, so more e¤ort

should be devoted to such studies, in particular with regard to spatial features.

There are some examples of the long-term monitoring of restoration sites (e.g.,

Petranka et al. 2007 for salamanders and frogs in North Carolina), but these

analyses could be taken further by relating local population dynamics with habi-

tat spatial characteristics. Another critical research question is whether habitat

restoration is likely to enhance population recovery. This is generally assumed to

be true, since most species’ declines are due to habitat loss. But further simula-

tion and empirical studies are needed to confirm or refute the generality of the

findings of Schrott, With, and King (2005) regarding this assumption.

Finally, restoration that enhances habitat connectivity may not always be de-

sirable, especially if it increases the spread of pathogens, parasites, exotic species,

or natural disturbances, such as fire (see also chapter 6). For example, Holden-
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rieder et al. (2004) cautioned against anthropogenic activities that may promote

the spread of plant diseases. One such instance was the novel juxtaposition of 

native forests and reforested areas, which may enhance functional connectivity

among host trees in a way that allows pathogens to reach new hosts (see Perkins

and Matlack 2002, discussed in chapter 9). This situation involved the creation of

a new landscape pattern, rather than the restoration of a historic pattern, so un-

expected consequences may occur. However, in cases where restoration e¤orts

are aimed at replacing lost habitats according to historic spatial configurations, it

seems safe to assume that these e¤orts would be beneficial, or at least neutral

(e.g., Schrott, With, and King 2005), but not harmful.
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Ecological Planning

plan, n.: a scheme, program, or method worked out

beforehand for the accomplishment of an objective.

—American Heritage Dictionary (2006)

Landscapes are constantly changing. As is often the case with our own lives,

some of those changes are carefully planned and some are unplanned. The des-

ignation of a new national park or a major suburban housing development is

usually the result of thoughtful planning and decision-making over several years,

with input from many stakeholders. But arsonous wildfires that burn out of con-

trol and haphazard development around tourist towns are clearly unplanned oc-

currences. Ecological planning, as it is considered in this chapter, covers a wide

array of activities, ranging from the development of algorithms to optimize the

design of conservation reserve networks that will maximize native biological di-

versity, to designs for housing developments that reduce urban sprawl by creat-

ing compact neighborhoods with protected open space, to regional plans that

project alternative future scenarios of land use change. The common denomina-

tor of all these e¤orts is the integration of ecological knowledge with intentional

human actions to direct spatial patterns of environmental change. All of these

e¤orts rely, to a large extent, on scientific research relating patterns of biological

diversity and the consequences of habitat loss and fragmentation.

Ecological planning can be thought of as a continuum of activities that inte-

grate ecology with land use change. At one end of this spectrum are landscape ar-



chitects and planners, who are primarily engaged in designing landscapes for hu-

man activities, but often give high priority to native habitats and species. Ecolog-

ical thinking entered the fields of landscape architecture and planning in the late

19th and early 20th centuries; at the time, these ideas were considered revolu-

tionary. But many landscape architecture and planning programs that exist today

rely heavily on ecological information in formulating innovative designs (Ahern,

Leduc, and York 2006). At the other end are conservation biologists, who focus

primarily on choosing appropriate sites and management strategies for protected

areas that are designed to have relatively little human intrusion. Ecological sci-

entists formally developed spatial principles for the design of conservation re-

serves in the 1970s, but they were active in nature preservation much earlier—

especially in the late 19th and early 20th centuries, under the influence of people

like John Muir and Teddy Roosevelt. These two ends of the ecological planning

spectrum diverge substantially in their primary goals, but they may ultimately

have closely convergent outcomes. Although the ends of this spectrum are still

quite recognizable, the middle area of overlap is rapidly growing. Landscape ecol-

ogy lies toward this middle ground, which originated in Europe in the 1930s and

was embraced in the United States and elsewhere by the early 1980s (Forman and

Godron 1981, 1986). With its explicit emphasis on the causes and consequences

of ecological patterns and processes, including human influences on landscapes,

landscape ecology o¤ers a formal means of integrating many disparate activities

related to ecological planning, including those in ecology, geography, resource

management, conservation biology, and landscape architecture and planning.

Other ecological planning activities, such as community-based conservation,

may be even broader, incorporating ecology and planning with social science dis-

ciplines such as anthropology, political science, social psychology, and econom-

ics (Gibson, McKean, and Ostrom 2000; Russell and Harshbarger 2003).

The goal of this chapter is to illustrate some of the ways in which ecological

research in fragmented landscapes has been integrated with ecological planning.

E¤orts all along the spectrum have an immense potential to preserve, protect, re-

store, and halt declines in biological diversity. There are many di¤erent ways in

which this integration has been accomplished, stemming from both the plan-

ning and design professions and the biological sciences. Because of this plethora

of approaches, the intent here is to provide a summary of the diversity of e¤orts

to translate research on habitat loss and fragmentation into actions that are

beneficial for biodiversity and for human well-being. The chapter begins with a

few examples from the planning end of the spectrum, and then continues with a

few examples from the conservation biology end. It concludes with examples that
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are somewhat diªcult to assign to either end, fitting more easily into the grow-

ing center of the continuum. Although these planning approaches have been

placed in three arbitrary bins, the boundaries between them are often quite

blurry, and there may be significant overlap among them.

maps

Before delving into these di¤erent planning approaches, it is worth taking a mo-

ment to talk about maps. We all know that a good map is essential, especially if

we are traveling down an unfamiliar dark road. But good maps are also vital to

any planning exercise. Maps are records of the spatial locations of things, but be-

cause they are abstractions of reality, they must always omit some details. The

maps used in planning often include information from a wide variety of sources.

For example, a planning exercise may necessitate the use of historical paper

maps of property boundaries or land uses, or hand-drawn maps of traditional

hunting and fishing areas. These can be digitized and integrated with other 

spatially-referenced information. Most other geographic data are readily available

in digital form from government agencies or non-governmental organizations,

and include digital aerial photos, satellite images, maps of water bodies, cities,

towns, buildings, roads, zoning regulations, vegetation types, and species occur-

rences. Maps may also depict threats to biodiversity and the values of ecosystem

services in reference to particular spatial locations (e.g., W. Turner et al. 2007).

All of these di¤erent pieces of information about a place, also called data lay-

ers, can be incorporated into a geographic information system (GIS), which is a

computerized map, or what I like to call a smart map, because the computer re-

members the spatial locations of all of the di¤erent features. The user can per-

form GIS analyses that relate the spatial locations of these features to one an-

other, something that is impossible to do with a paper map. For example, a

relatively straightforward exercise would be for the user to assemble data layers

of the woodland vegetation cover and roads for a particular area and then calcu-

late the average size of the woodland patches, as well as the range of distances of

di¤erent-sized woodland patches to the roads. This sounds easy, but in reality the

preparation and analysis of spatial information are complex tasks. In the above

example, the user must first define what a woodland patch is, before the GIS can

calculate average patch size. And the designation of a patch may depend on the

goals of the project and the organisms being studied, which brings us to the is-

sue of spatial scale.

An important consideration in mapping in general, and in ecological plan-
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ning in particular, is the issue of scale. I presented hierarchy theory and the rele-

vance of spatial and temporal scales in the first two chapters of this book, but in

the context of this chapter, scale is meaningful when compiling data that will be

used in a planning process. To continue the example above, a woodland patch,

through a butterfly’s eyes, may be a quite di¤erent thing than a woodland patch

through a wolf ’s eyes. So defining the scale of the map and the analysis is criti-

cal. Additionally, some key features, such as vernal pools or prairie pothole wet-

lands that are relatively small, may not show up on maps that represent vegeta-

tion types at a coarse scale. They may need to be mapped individually in order to

address specific requirements of the analysis. Ultimately, questions of scale and

representation arise in any computerized mapping study, so the careful consid-

eration of these issues will be essential to ensure e¤ective outcomes.

the planning perspective

Landscape architecture and planning are disciplines focused on landscape

change. Jack Ahern (2005), professor of landscape architecture and planning at

the University of Massachusetts, had this reply when asked to o¤er his perspec-

tive on landscape ecology: “Landscape architects change landscapes. We build

things and places—in the process altering landscape patterns, sometimes pro-

foundly” (US-IALE web site). Ecological concepts and principles have long been

considered in landscape architectural design and planning (summarized by

Spirn 1985; Zube 1986; Ndubisi 1997, 2002). Probably the most well-known his-

toric example of ecological design is Frederick Law Olmsted’s plan for an urban

open-space system in Boston, consisting of a series of connected parks, wetlands,

ponds, and tree-lined boulevards, and referred to as the “emerald necklace.” Not

only was this open space system a true gem for the city by providing spaces for

public enjoyment, but it also restored a natural wetland ecosystem that was badly

polluted (Spirn 1985; Zube 1986), which helped to improve the health and well-

being of Boston’s urban population. Olmsted’s design involved transforming the

foul-smelling mud flats within the city to constructed salt marshes that would en-

hance water quality and store flood waters. In essence, this was a 19th century ur-

ban ecological restoration project.

Lesser-known landscape architects of this era were similarly forward thinking.

For example, in 1883, H. W. S. Cleveland designed a regional park system for

Minneapolis–St. Paul, Minnesota, that integrated this urban structure into and

protected the natural systems of the Mississippi River, including many lakes in

the region. Charles Eliot, an apprentice of Olmsted, designed a comprehensive
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open-space system for Boston in which he systematically classified di¤erent

types of forest landscapes and incorporated both hydrological and natural fea-

tures into a green infrastructure for the region (Zube 1986; Ndubisi 1997). Many

of the elements that Eliot designed are highly valued today as both public open

spaces and refuges for native biological diversity—including the 2600 acre Mid-

dlesex Fells and the 7000 acre Blue Hills reservation—despite some invasion by

exotic species due to human introduction and trampling (Drayton and Primack

1996). In the mid-20th century, many landscape architects and planners were in-

fluenced by the writings of scientist and conservationist Aldo Leopold, who noted

the critical interdependence of humans with nature and advocated a land ethic to

ensure the health of the land (Leopold 1949). For instance, landscape architect

Phil Lewis combined aesthetics and ecology in his delineation of what he referred

to as “environmental corridors” for the entire state of Wisconsin. These corridors

linked natural features such as water, wetlands, and significant topography with

human perceptions of visually-pleasing scenery, and Lewis suggested that these

areas be prioritized for environmental protection (cited in Ndubisi 1997, 2002).

McHarg’s Design with Nature

In the environmental turmoil of the 1960s, Ian McHarg published his book De-

sign with Nature (1969), which became a classic in landscape architecture and

planning. This work was so popular and influential because it introduced a new

method for the systematic analysis of spatial relationships of human activities

and natural systems, essentially serving as one of the precursors to modern geo-

graphic information systems. McHarg’s method consisted of “identifying both

social and natural processes as social values” (p. 33), and he used this method in

planning parkways, suburbs, and entire river basins. Using the technology avail-

able in the 1960s, McHarg took clear acetate sheets and laid them over maps that

included information on natural resources and cultural features. He then used

separate acetate sheets, one for each feature, and traced road networks, housing

developments, lakes, rivers, streams, woodlands, and so on. He chose dark gray

to color those areas that were unsuitable for building (e.g., steep slopes or wet-

lands), lighter gray for areas that were marginally suitable, and left suitable areas

uncolored. McHarg then superimposed these sheets on one another on a light

table, and the areas that were the darkest were the ones to be avoided. McHarg’s

planning e¤orts resulting from these suitability analyses were typically broad in

scope, encompassing cities or regions, and o¤ered a rational, systematic way to

formulate landscape plans for these large, complex areas.
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One substantial ecological planning project that demonstrated the utility of

McHarg’s suitability analysis method was a design for a new town on an 18,000

acre site north of Houston called the Woodlands (McHarg and Sutton 1975;

McHarg, Johnson, and Berger 1979; Spirn 1985; D. Smith 1993). McHarg and

Sutton (1975) called it the “first city plan produced by ecological planning” (p. 78).

The site was a flat, oak-pine forested coastal plain with poorly drained soils, so a

contentious issue was how to preserve the woodland while simultaneously drain-

ing land for development. McHarg’s team arrived at a natural water management

system that would provide the least disruption to the natural hydrological regime,

supporting essential ground-water recharge with the use of designed swales,

ponds, wooded floodplains, golf courses, and even lawns. The design also advo-

cated the preservation of both forest (about 1900 acres were specified in the com-

pleted plan) and wooded corridors for wildlife movement that were between 100

and 600 feet wide (McHarg, Johnson, and Berger 1979; D. Smith 1993). Spirn

(1985) reported the results of stormwater monitoring at the Woodlands and

noted that increased runo¤ from the site after construction was about two-thirds

less than the amount generated by a typical suburban development in Houston.

In our current parlance of the value of ecosystem services, clearly the natural ar-

eas within this development provided water management services for the resi-

dents of this community. The benefits to native plants and animals are not so

clear, since they have not been routinely measured at this site since its develop-

ment (D. Smith 1993).

Planning Alternative Futures

McHarg’s method of identifying opportunities and constraints for landscape in-

tervention became widely used by his planning team and others in the decades

following the publication of Design with Nature. Landscape planner Carl Steinitz

and colleagues at the Harvard Graduate School of Design transformed the acetate-

sheet technology of suitability analyses into computer-generated maps that eco-

logical planners could use to perform sophisticated spatial analyses without 

colored markers and light tables (Tomlin 1990; Ndubisi 2002). In addition to

these technological advances, Steinitz pioneered and popularized the method of

alternative futures planning, which is e¤ectively a method of modeling landscape

change (see chapter 9) and is now broadly used in landscape planning (Steinitz,

Arias, and Shearer 2003) and conservation biology (Peterson, Cumming, and

Carpenter 2003). The premise of this method is to map the significant cultural

and natural resources within a region, and then project changes in those re-
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sources according to alternative scenarios that make di¤erent assumptions about

the patterns and intensities of land use change. These scenarios are then pre-

sented to community stakeholders and become useful tools for implementing

decisions regarding landscape change that originate with the collective desires 

of the constituents. Such alternative futures models have been developed by

Steinitz and colleagues for many locations, including Monroe County in eastern

Pennsylvania, which includes the Pocono Mountains (D. White et al. 1997); the

region of Camp Pendleton in Southern California (Steinitz et al. 1997); the Up-

per San Pedro River Basin, which encompasses parts of Arizona and the Mexi-

can state of Sonora (Steinitz, Arias, and Shearer 2003); and for conservation and

development in Panama’s Coiba National Park (Steinitz et al. 2005).

Each of the scenarios proposed in alternative futures modeling can be evalu-

ated quantitatively for changes in key cultural or biological variables, including

land cover types, large patches, or habitat for particular species (D. White et al.

1997; Steinitz, Arias, and Shearer 2003; Steinitz et al. 2005). For example, in the

Monroe County, Pennsylvania, study, six alternative scenarios were proposed,

ranging from the continuation of existing development practices (plan-trend), to

rampant, uncontrolled development (build-out), to a conservation-oriented sce-

nario that advocated conserving all of the currently undeveloped land in the

county (park) (D. White et al. 1997). These six scenarios were evaluated for their

projected impacts on species richness and the abundance of habitat for terrestrial

vertebrates. The proportion of habitat lost was greatest for the scenarios that pro-

jected the most development and least for the conservation-oriented scenario, as

expected. Changes in terrestrial vertebrate species richness were projected to be

quite low and similar among the various scenarios, but the analysis admittedly

did not include much ecological detail about the sensitivities of species to land-

scape change or the projected population dynamics of di¤erent species. How-

ever, the proportion of habitat at risk for each species group was quite high in sev-

eral scenarios (fig. 11.1), and was over 50% for herpetofauna in the two scenarios

involving the greatest amount of development. Because habitat abundance was

projected to decline by up to 50% in the most developed scenarios, it is likely that

the species would also decline, based on what we know about species’ responses

to habitat loss discussed throughout this book.

The method of alternative futures modeling has been employed in many di-

verse landscapes to identify both the social and biological aspects of landscape

change scenarios and to guide future development. For example, this method

was used to project human population growth and land use change in the Mojave

Desert of California (Hunter et al. 2003), changes in agricultural landscapes in
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Iowa (Santelmann et al. 2004), residential development in the Greater Yellow-

stone Ecosystem (Gude, Hansen, and Jones 2007), and for assessing projected

changes in biodiversity according to di¤erent development scenarios for 25 Eu-

ropean Union countries (Verboom et al. 2007).

Greenways

Within the large regional landscapes planned by McHarg and Steinitz, green-

ways may provide green infrastructure in which ecological patterns and pro-

cesses are incorporated with human activities. Little (1990) broadly described

greenways as “linear parks, open spaces and protected areas in cities, suburbs or

the countryside” (p. 4). They are typically linear, vegetated landscape features that

may provide opportunities for outdoor recreation, have the potential to function

as wildlife habitat or movement corridors, and, if located along streams or rivers,

may help to maintain water quality (D. Smith and Hellmund 1993; Fábos and 

Ahern 1995; Mortberg and Wallentinus 2000; Fábos and Ryan 2006; Mason et al.

2007).
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Figure 11.1. The proportion of habitat at risk, caused by proposed alternative development

scenarios, for three classes of vertebrate fauna in Monroe County, Pennsylvania. The

scenarios are PT � Plan-trend, BO � Build-out, TO � Township, SP � Spine, SO �

Southern, and PA � Park. See the text for descriptions of PT, BO, and PA. The

remaining three scenarios were intermediate in the amount of land to be developed 

and are described fully in D. White et al. (1997). Redrawn from D. White et al. (1997).



The design and planning of greenways originated within the design profes-

sions, with workers such as Olmsted and Cleveland in the late 19th century

(Zube 1995). The concept and practice of greenway design resurged in the 1970s

with increased public awareness of environmental issues and demands for out-

door recreation. As a design tool, greenways may be a “formative device for

stitching together fragmenting cities and their urbanizing hinterlands” (Walms-

ley 1995, p. 81). The design of greenways may be particularly challenging, but it

may also have quite meaningful outcomes in highly urbanized areas. For exam-

ple, Tan (2006) discussed design and planning for greenways in Singapore, an is-

land city-state of four million residents with one of the highest population den-

sities in the world. The key design strategy for this greenway network was to

identify and maximize the use of under-utilized land, that is, land that was not

considered economically valuable, such as existing drainage ditches and river

systems. Linear features were designed to connect parks throughout the island.

These park connectors include simple asphalt paths lined with dense plantings

of native and ornamental trees and shrubs, which provide recreational pathways

for people and also promote social interaction. In many instances the greenways

follow the 11 water courses and tributaries that drain from the forested center of

the island in all directions to the sea. These greenways may also provide func-

tional connectivity for native plants and animals, although that has not been eval-

uated (Tan 2006).

New Urbanism

Greenways are often featured design elements in proposals for new urban and

suburban developments that subscribe to the principles of new urbanism (Krie-

ger 1991; Walmsley 1995). New urbanism, sometimes called neotraditional town

planning, emerged in response to the vast, sprawling, post-war suburban devel-

opments of the mid-20th century in the United States. In their response to the

traditional suburb, new urbanists have advocated (1) the design of neighbor-

hoods in which residents could easily walk to shops, schools, parks, and work,

thereby limiting the use of automobiles, (2) preservation of open spaces, and

(3) the judicious use of water in landscaping, particularly in arid ecosystems.

The scale of new urbanist developments ranges widely, so the opportunity for

integrating them with ecological knowledge regarding habitat loss and fragmen-

tation also varies broadly. For example, the design proposal for Avalon Park, a

large development for 25,000 inhabitants adjacent to the Econlockahatchee River

and associated wetlands east of Orlando, Florida, was large enough to consider
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issues of habitat fragment size and connectivity (Krieger 1991). Within the 9500

acre development, 5000 acres were to be reserved for green space, including the

river corridor, wetlands, greenways, playing fields, and parks. In this design the

river, wetlands, and adjacent upland areas provided the backbone for the town

plan. The protection of the river and its associated wetlands would potentially re-

duce the negative impacts of the proposed development on water quality and bi-

ological diversity. Although the Avalon Park proposal addressed the importance

of maintaining large, connected fragments, there is potential for negative edge

e¤ects along the interface between the preserved and developed areas. This proj-

ect is in progress, so it is impossible to currently evaluate whether the plan will

succeed in protecting native plants and animals associated with the river and its

wetlands. But the designation of nearly half the area as green space highlights the

philosophy of integrating nature with design.

Loreto Bay, on the Baja peninsula of Mexico, is another large new urbanist de-

velopment that is in progress. The development portion of the 8800 acre site sits

along the shores of the Sea of Cortez, while the western 75% of the acreage is de-

signed to remain undeveloped as a nature reserve (Loreto Bay Company 2007).

The plans call for the maintenance and enhancement of biodiversity at the site,

including restoration of both upland habitat, to maintain downstream water

quality, and mangrove estuaries, to provide nursery habitat for marine species

and sequester carbon. The entire project promotes sustainability in terms of the

use of eªcient, renewable energy, water conservation, an organic farm, carbon

o¤sets for air travel, and economic benefits to the local economy. There is a sub-

stantial potential for these developments, especially new urbanist designs that

cover thousands of acres, to contribute positively to ecological sustainability.

Aesthetics and Ecology

Most human beings love order—we tend to plant vegetables and crops in straight

rows and prefer manicured lawns to overgrown weed patches. Landscape archi-

tect Joan Nassauer has studied the relevance of human perceptions of landscape

attractiveness in the context of landscape designs that mimic or restore natural

systems (Nassauer 1992, 1995, 1997). She noted that “landscapes that evoke 

the sustained attention of people—that compel aesthetic experience—are more

likely to be ecologically maintained in a world dominated by humans” (1997,

p. 81). However, she also realizes that to many people, “ecological quality tends

to look messy” (1995, p. 161), which means that landscape designs with a greater

benefit for biodiversity, for example, may not be viewed positively by people who
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perceive the designs to be unattractive or unkempt. These negative perceptions

may pose a significant challenge to designers involved in ecologically oriented

projects, who must convince their constituents to accept these designs despite

their rather untidy appearance (Nassauer 1992, 1995, 1997). For example, at the

residential scale, Nassauer (1995) suggested that an unmown lawn might be con-

sidered more acceptable by suburban neighbors if there were “cues to care” pres-

ent on the property. The presence of a narrow mown strip along streets or walk-

ways, a well-maintained fence on the property boundary, or bird houses and

feeders may all indicate that the proprietor is taking good care of the property. So,

Nassauer reasoned, if these cues are present, neighbors would be more willing to

accept a wildflower meadow filled with native prairie plants in place of a closely-

cropped bluegrass lawn.

Beyond the neighborhood, public perception of the attractiveness of natural

areas within urban contexts may similarly thwart ecological design e¤orts. For

example, wetlands are less likely to be appreciated by the public as scenic natural

areas than, say, a forest or a flowing stream. So wetland projects in urban areas

may face neglect and even degradation by neighbors and visitors if they are

deemed to be unattractive, unkempt, or unsafe. In a study of wetland restoration

projects within the Minneapolis–St. Paul metropolitan area in Minnesota, Nas-

sauer (2004) compared cultural and ecological measures of wetlands by survey-

ing visitors, neighbors, planners, and managers of the wetlands. The overall goal

was to see whether wetlands of greater ecological quality, in this case defined as

high plant and bird species richness, were also perceived to be more attractive.

For neighbors, the vast majority (76.7%) of the di¤erences in their perception of

wetland attractiveness were explained by cultural variables, including a highly

visible mown area on the edge of the wetland, signage, walkways, and seating.

Bird species richness explained a significant, but very small (about 2%) propor-

tion of the overall variance in the perception of attractiveness. Plant species rich-

ness was not associated significantly with attractiveness. In all cases, those sites

that appeared to be attended to were perceived as being more attractive.

The results of this urban wetland study were consistent with Nassauer’s

(2004) hypothesis that perceived attractiveness is not related to the biological in-

tegrity of wetlands. The importance of cultural sensitivities to landscape beauty

is clearly meaningful for conservation and restoration activities, especially for

vegetation types that are not immediately perceived to be beautiful, such as

prairies or wetlands. But perhaps in this context, “beauty is truth, truth beauty”

(Keats 1884). If visitors to a restored wetland learn about its significance as a habi-

tat for rare plant and animal species, perhaps it will be perceived as more beauti-
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ful than a park sprayed with herbicides and fertilizers to keep the grass green.

Then the ecological service, beauty, could be valued and enjoyed by visitors.

the biological perspective

The first part of this chapter has emphasized ways in which the professions of

landscape architecture and planning have approached ecological planning. Many

features, however, are shared with the e¤orts advocated by biologists at the other

end of the ecological planning spectrum. From the biologists’ viewpoint, the pri-

mary goals of ecological planning underscore the protection of biological diver-

sity and ecosystem services. Based on island biogeography theory and other ob-

servations of natural systems, early conservation biologists advocated particular

rules of design for natural preserves. For example, Diamond (1975) and E. Wil-

son and Willis (1975) suggested that preserves should be continuous rather than

fragmented, large rather than small, connected by habitat corridors to other re-

serves, circular rather than linear in shape, and clumped rather than arranged

linearly. These simple reserve design rules made sense, given what was known

about species’ responses to habitat loss and fragmentation, and they have broadly

guided conservation planning.

The circular-versus-linear rule pointed out a potential for negative edge e¤ects

that may denigrate the reserve interior. Janzen (1986) highlighted the dangers as-

sociated with this phenomenon, which he called the eternal external threat. That

is, reserves are surrounded by other land uses, which harbor influences—such

as exotic species, water pollution, or hunters—that are likely to permeate the re-

serves and may reduce the viability of populations within the reserves. As an ex-

ample of this problem, Woodro¤e and Ginsberg (1998) analyzed probabilities of

extinction for carnivores in protected areas in relation to home-range size. They

found that wide-ranging carnivores were more vulnerable to extinction than

those with smaller ranges. This was not because they had smaller populations,

but because wide-ranging carnivores were more likely to encounter reserve

boundaries, where human-induced mortality was higher than in protected areas.

Data such as these essentially provide tests of the reliability of the simple reserve

design rules proposed three decades ago. But in addition to these rules, several

sophisticated methods have been developed since that time to choose sites and

strategies for protecting biodiversity and ecosystem services.

Biological approaches to conservation planning vary substantially, but gener-

ally fall into the categories of where to do conservation and how to do conservation

(Redford et al. 2003); this section will discuss both types of approaches. The where
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category includes e¤orts to set geographical priorities for conservation, and the

how category emphasizes developing and implementing strategies to accomplish

conservation goals. Several books summarize or provide case studies of di¤erent

approaches. Groves (2003, discussed below) gives an excellent overview of the

field of biologically based conservation planning. Three recent books review the

scientific basis for implementing habitat corridors and connectivity and outline

case studies from sites throughout the world: A. Anderson and Jenkins 2006;

Crooks and Sanjayan 2006; and Hilty, Lidicker, and Merenlender 2006. And Mar-

gules and Sarkar (2007) summarized the systematic conservation planning ap-

proach, discussed below.

Systematic Conservation Planning

One of the key challenges in ecological planning for conservation is to determine

where conservation action should occur. The method of formulating systematic

rules and iterative algorithms to follow in identifying the best places for conser-

vation was largely developed by Australian and South African conservation biol-

ogists, starting in the 1980s. By the late 1980s, these methods were suªciently

developed to dedicate a special issue of the journal Biological Conservation to the

subject of using systematic methods to determine where reserves should be lo-

cated (Margules 1989). Contributions to this issue focused on methods for es-

tablishing databases of spatial locations of species and communities and for us-

ing those databases to identify priority areas for conservation in Australia. Such

databases as have been established for systematic conservation planning gener-

ally include information on (1) the species richness or the endemism of all the

taxa for which data are available, (2) vegetation types, and (3) aquatic ecosystems

such as lakes, rivers, streams, and wetlands. Conservation planners conceive of

the second step in using these databases to determine specific areas for conser-

vation as going “beyond opportunism” and using defensible principles for se-

lecting priority regions. These principles include complementarity, flexibility,

and irreplaceability (Pressey et al. 1993), and they can be applied in situations

where the planners are given a particular number of sites to be chosen (Pykälä

and Heikkinen 2005) or a constrained budget (Polasky, Camm, and Garber-Yonts

2001). Together, these two steps in conservation planning have provided a sys-

tematic means to choose portfolios of conservation sites that would represent the

full suite of species and communities in a region.

Briefly, the principle of complementarity dictates that reserve selection proceed

in a stepwise manner, such that the features of each reserve that is added to the
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network are complementary to those in the reserves that were already chosen.

This is meant to ensure that a reserve network is as eªcient as possible in pro-

tecting biological diversity, yet is not redundant. Flexibility refers to the genera-

tion of several alternative networks that can be evaluated by planners, in order to

determine which one would be most easily implemented in a particular region.

And irreplaceability captures unique sites for which certain conservation options

would be lost if they were not included in the reserve network (Pressey et al.

1993). According to the developers of systematic conservation planning, reserve

networks have two primary functions: “They should sample or represent the bio-

diversity of each region and they should separate this biodiversity from processes

that threaten its persistence” (Margules and Pressey 2000, p. 243).

The systematic conservation planning approach has been used extensively by

many conservation scientists all over the world to identify priority areas for con-

servation (see Margules and Sarkar 2007 for a summary of methods and exam-

ples). Recent elaborations on this method include explicit maps of various threats

to biodiversity, including urban expansion, agricultural conversion, and invasive

species (Rouget et al. 2003, discussed in chapter 9), as well as maps of ecosystem

services (Chan et al. 2006; Naidoo and Ricketts 2006; W. Turner et al. 2007) and

those that emphasize cost eªciency (K. Wilson et al. 2006). For example, for the

Mbaracayu Forest Biosphere Reserve in eastern Paraguay, part of the Atlantic for-

est ecoregion, Naidoo and Ricketts (2006) mapped the spatial distribution of five

ecosystem services to evaluate the costs and benefits of conservation in this re-

gion. The benefits to conserving this region included values gained through sus-

tainable bushmeat consumption, sustainable timber harvest, the discovery of

pharmaceutical compounds (also called bioprospecting), existence value, and car-

bon storage. The major cost was the lost opportunity for local communities to

convert forest to agricultural production. Interestingly, when only the three ser-

vices that had direct benefits to local communities were included in the analysis

(bushmeat, timber, and bioprospecting), the benefits of conservation exceeded

the costs only in the core area of the biosphere reserve where agricultural activi-

ties were restricted. With the addition of existence value and carbon storage, ben-

efits exceeded opportunity costs for almost the entire area (Naidoo and Ricketts

2006).

Gap Analysis

Other e¤orts to map biological features in the context of the protection of bio-

logical diversity were designed explicitly to reveal critical areas that were not cur-
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rently protected. The Gap Analysis program was initiated by the U.S. Fish and

Wildlife Service in the 1980s to provide a method for assessing the representation

of vegetation types and species in areas designated for protection (Scott et al.

1987, 1993). The first gap analysis was conducted for the state of Hawaii, where

researchers suspected that endangered forest birds were not adequately pro-

tected by the existing network of parks and reserves. The concept was simple:

map the spatial distribution of the bird species, then map the areas under pro-

tection, then combine the maps to see if they overlap or if there are significant

gaps between where the birds occur and where the protected areas are. The

power of this simple exercise became quite clear—the analysis revealed that only

5% of the area covered by these endangered birds was within the boundaries of

protected areas. The stark results of this analysis prompted the planning of addi-

tional forest reserves and protected areas in Hawaii for these birds, as well as for

other species.

Given the success of the Hawaii analysis for identifying critical gaps in species

protection, a gap analysis program has now been initiated in all 50 states, as well

as in a few other countries besides the United States. Each state is involved in

mapping actual vegetation types and actual or predicted distributions of all ver-

tebrate species. Some state e¤orts also include maps of invertebrates, including

butterflies or ants, as well as aquatic habitats and species. The program is ad-

ministered by the U.S. Geological Survey, and each state has its own oªce and

sta¤ for compiling and analyzing information. The gap analysis program also

collaborates extensively with partners to obtain and distribute information, as

well as to integrate the conservation e¤orts of government agencies and non-

governmental conservation organizations. The maps produced by this program

are incredibly useful in answering two basic questions. Where are areas of high

diversity? And are those areas currently protected? If there are clearly conserva-

tion gaps, then the analysis can guide planning e¤orts to prioritize areas that

have high diversity but are currently unprotected.

HCPs and NCCPs

Most of the ecological planning e¤orts discussed so far are voluntary, meaning

they are not legally mandated, but other conservation planning actions are at

least partially required by law. The Endangered Species Act, or ESA—created in

1973 and amended in 1978 and 1982—is the most powerful piece of legislation

in the United States to protect biodiversity. The ESA prohibits the take of listed

species, which means that it is illegal to harm, harass, injure, or kill an endan-
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gered species. Moreover, a 1995 U.S. Supreme Court ruling confirmed that indi-

rect harm to listed species via habitat destruction also constitutes take and is pro-

hibited by the ESA. There are two critical exceptions to the take prohibition, how-

ever. First, Section 7 of the ESA stipulates that on federal lands, take is allowed if

the actions involved are considered not to jeopardize the species as a whole. Sec-

ond, Section 10(a) of the ESA includes a provision that allows for the loss of habi-

tat or of a species if that loss is incidental to development or other routine land

use or land management activities by a private landowner. The landowner must

submit a habitat conservation plan (HCP) that specifies the actions that will be

taken to minimize and mitigate for the negative consequences of the proposed

project, and in return they are issued an incidental take permit. Noss, O’Connell,

and Murphy (1997) provide an excellent summary of the scientific and legal as-

pects of the HCP process.

During the 1980s and early 1990s, most HCPs were submitted by individual

landowners to compensate for actions that would a¤ect individual listed species

on relatively small parcels of land. By the mid-1990s, the U.S. Fish and Wildlife

Service realized that multiple listed species often occurred on land parcels si-

multaneously, prompting the need for multiple-species HCPs. One of the first

such MSHCPs was initiated for the Coachella Valley in Riverside County, Cali-

fornia, which built upon the HCP previously established for the Coachella Valley

fringe-toed lizard, Uma inornata (Barrows 1996). There was also a growing recog-

nition of several limitations of HCPs. For example, mitigation actions required

monitoring, but it was not always clear that monitoring was completed or that re-

medial actions were taken if mitigation was unsuccessful (Harding et al. 2001).

Critics of HCPs also argued for greater involvement by independent scientists in

the preparation and review of conservation plans. And many realized that con-

servation would be likely to be more e¤ective in broad-scale networks of con-

served lands rather than in small, piece-by-piece e¤orts.

Several of these limitations of HCPs were addressed by an innovative conser-

vation planning e¤ort developed in the state of California. Like Florida and Texas,

California is a state with large numbers of endemic and endangered species, so

it was particularly well positioned to implement broad-scale, multi-species con-

servation planning e¤orts. In 1991, the California Department of Fish and Game

lobbied the state legislature to pass the Natural Community Conservation Plan-

ning Act (NCCP), which imposed more stringent standards than HCPs for 

mitigation in response to the incidental take of species protected by the ESA.

Specifically, the NCCP Act stipulated that the planning process would be volun-

tary, would include many species over large areas, would streamline the permit-
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ting process for private landowners that needed incidental take permits, and

would involve independent scientific review.

The first NCCP was initiated for the Southern California coastal sage scrub re-

gion, which included parts of five counties, encompassed 6000 square miles, and

covered over 100 species of plants and animals (California Department of Fish

and Game 1999). Within this large region, plans for sub-regions were prepared

and adopted by cities and counties. The NCCP process is designed to proactively

protect large areas of conserved lands while allowing development in this rapidly

growing state, rather than taking a more reactive, opportunistic approach to in-

dividual development projects one by one. The NCCP process is now in progress

in many regions of California, and all of these conservation plans involve the pro-

tection of multiple species in large regional landscapes. These planning e¤orts

integrate scientific information on species distributions, abundances, and move-

ment patterns with planning schemes that combine basic ideas from conserva-

tion biology about maximizing fragment area, minimizing edge e¤ects, and pro-

moting functional connectivity among patches. It is too early to tell whether these

e¤orts will be successful—most of the plans developed so far are designed to be

in place for 30 to 50 years, and most of the conservation and restoration actions

are still in progress. But the broad, integrative approach of the NCCP process ver-

sus individual HCPs seems destined to be an improvement, and it could serve as

a model for other states to follow in their conservation planning e¤orts.

Conservation by Design

The Nature Conservancy (TNC) is a large non-governmental conservation orga-

nization based in the United States, but with conservation programs in several

regions outside the country, including Asia, Central and South America, the

Caribbean, and Africa. TNC uses and has further refined many of the tools de-

veloped by systematic conservation planning to identify and prioritize conserva-

tion areas. In the context of the planning approaches discussed in this chapter,

TNC focuses on choosing areas in which to protect biological diversity and the

processes that generate and maintain that diversity (the where of conservation),

and on developing strategies to implement conservation actions (the how of con-

servation). TNC developed a scheme called Conservation by Design that involves

setting conservation priorities, creating strategies, implementing those strate-

gies, and then assessing whether the strategies have e¤ectively achieved the con-

servation goals (Poiani et al. 1998; Groves 2003; Nature Conservancy 2006). The

scheme involves multiple scales of analysis and action, including appraisals of

262 e c o l o g y  o f  f r a g m e n t e d  l a n d s c a p e s



e c o l o g i c a l  p l a n n i n g 263

global conservation priorities, ecoregional assessments, and conservation action

plans that are conducted within ecoregions. Craig Groves spent five years direct-

ing conservation planning e¤orts for TNC and has summarized many of the

strategies and methods used in this process (Groves 2003). Groves described the

result of prioritization e¤orts as a conservation blueprint, defined as “a map that

identifies conservation areas of the planning region and associated information

on the conservation targets contained in these areas” (p. 216). With blueprints in

hand, TNC conservation biologists can move forward to implement strategies for

building conservation networks.

Much of the conservation planning activity with TNC occurs as the result of

ecoregional assessments, which identify key areas for conservation within bio-

physically defined ecoregions. One such ecoregion is the Osage Plains/Flint Hills

prairie ecoregion of eastern Kansas and northeastern Oklahoma, which is fea-

tured in the latest Conservation by Design publication (Nature Conservancy

2006) and which, you may recall, is where chapter 1 of this book began. Within

this ecoregion, conservation projects focus on the protection of prairie species in

reserves, as well as on community-based conservation projects. These latter pro-

grams engage local landowners and stakeholder organizations from the farming

and ranching communities to promote compatible ranching practices that main-

tain and enhance rare species native to the tallgrass prairie, including greater

prairie chickens (fig. 11.2). Strategies include collaborations with private land-

owners and communities to implement conservation easements, the manage-

ment of invasive exotic species, and assessments of suitable levels of prescribed

fire and grazing to achieve long-term economic and biological viability of the tall-

grass prairie ecosystem.

Living Landscapes Program

Several of the approaches discussed so far prioritize areas for protection that have

the highest number of species, with the rationale that these “hotspots” of diver-

sity are the most valuable for conservation. A slightly di¤erent method of priori-

tizing sites is to focus on particular species whose presence indicates that the

ecosystem is viable, such as those based on umbrella, keystone, flagship, or focal

species (e.g., Mills, Soulé, and Doak 1993; Simberlo¤ 1998). The Wildlife Con-

servation Society’s (WCS) Living Landscapes program developed an approach

based on the requirements of landscape species, but one that di¤ers slightly from

previously used single-species designations, such as umbrella or flagship species

(Sanderson et al. 2002; Coppolillo et al. 2004). This approach blends biologically



Figure 11.2. Top: Scene from the Osage Plains/Flint Hills prairie ecoregion near

Cassoday, Kansas. Bottom: Prairie chicken pride. Photos by S. K. Collinge.



based spatial data with information on the locations, types, and intensities of hu-

man land use, in order to design protected-area networks that will hopefully pre-

vent antagonistic interactions between people and wildlife while sustaining bio-

logical diversity and human well-being.

Landscape species are defined as “biological species that use large, ecologically

diverse areas and often have significant impacts on the structure and function of

ecosystems” (Redford et al. 2000, quoted in Sanderson et al. 2002, p. 43). To be

designated as such, landscape species must have populations that (1) occupy

large, ecologically diverse areas, (2) usually have direct impacts on ecological

structure and function, (3) are susceptible to human activities, and (4) may be 

socioeconomically meaningful. The general methodology for moving from the

choice of a landscape species to a geographically based conservation plan pro-

ceeds in several steps. First, the requirements of the landscape species are

mapped on the landscape. This area includes a population of the landscape

species that is large enough to be “ecologically functional” (Redford 1992;

Sanderson et al. 2002; Soulé et al. 2003, 2005; see also chapter 7). So the mini-

mum population size in this context is not what is required for viability in de-

mographic or genetic terms, but what is required for that species to perform its

ecological role within that ecosystem (see Sanderson 2006 for a summary of

di¤erent approaches to setting population target levels). Setting the target size of

an ecologically functional population may be particularly diªcult in practice,

since we rarely know enough about the strength and redundancy of species in-

teractions (Sanderson 2006). Second, human activities within the proposed con-

servation area are defined and mapped. Third, the first two maps are combined

to identify areas of spatial overlap. The final steps use these maps to identify pri-

ority areas for conservation, based on the requirements of both landscape species

and human inhabitants.

Before this general framework is applied, landscape species must be selected

according to a systematic procedure (Sanderson et al. 2002). This process was de-

veloped and tested for two WCS conservation sites—an area in the northwestern

Bolivian Andes known as the Madidi landscape, and an area in the northern

Congo Republic known as the Ndoki-Likouala landscape. Specific details can be

found in Coppolillo et al. (2004), but the general procedure can be summarized

as follows: (1) score each species according to each of five criteria (area used, het-

erogeneity of habitat use, vulnerability, functionality, and socioeconomic status),

(2) add subsequent high-scoring species that provide complementarity to the

species already chosen, and then (3) complete a sensitivity analysis to determine

whether any of the five criteria had a disproportionate e¤ect on the choice of a
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particular species. For the Madidi site, this process resulted in the selection of six

landscape species: white-lipped peccary, spectacled bear, condor, catfish, jaguar,

and vicuna. For the central African site, five landscape species were selected: ele-

phant, chimp, bongo, forest bu¤alo, and dwarf crocodile.

The landscape species framework is now being applied by WCS at 12 sites

throughout the world. Sta¤ are working to identify landscape species, set popu-

lation targets, and map the biological and human landscapes for site-conservation

planning. For example, in the Adirondack Park landscape of northern New York

State, the designated landscape species are black bear, marten, common loon,

moose, three-toed woodpecker, and wood turtle. WCS research e¤orts in this re-

gion are focused on identifying the biological needs of these species, assessing

threats to their continued persistence, and identifying potential areas of conflict

between wildlife and humans.

The Wildlands Project

The Wildlands Project emerged as a collective vision of conservation biologists

Michael Soulé and Reed Noss and conservation activist Dave Foreman (Foreman

et al. 1992; Noss 1992) as a means of providing wall-to-wall coverage of the North

American continent to protect native biodiversity. Their slogan—“reconnect, re-

store, rewild”—emphasizes their goals of re-establishing keystone species, such

as carnivores, protecting large areas of native habitat, and providing functional

landscape connectivity from Canada to Mexico and from the Atlantic to the Pa-

cific. The rewilding aspect of the Wildlands project is predicated on the knowl-

edge that carnivores play critical functional roles in regulating populations, 

communities, and ecosystems (Soulé and Terborgh 1999; Soulé et al. 2003, 2005).

Because most large carnivore populations in North America have been over-

exploited over the past two centuries, prey populations in many areas have in-

creased to the point where they pose threats to ecosystems through their heavy

grazing, such as elk in Colorado’s Rocky Mountain National Park or white-tailed

deer throughout the northeastern United States. Several regionally based con-

servation groups are working together and joining with local and regional con-

servation partners and government agencies to develop broad-scale, long-term

conservation plans that converge in their emphasis on big, connected areas that

support viable carnivore populations (Noss 2003).

One of the first case studies proposed as part of the Wildlands project was for

the Oregon Coast Range (Noss 1993; Noss and Cooperrider 1994). This reserve

design embodied the principles of the Wildlands project to conserve large, con-
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nected wild places—and included substantial core areas of coastal temperate

rainforests that supported spotted owls, marbled murrelets, and other rare

species; important watersheds; multiple-use bu¤er zones; and regional connec-

tions among core areas. In the past, this area supported carnivores such as griz-

zly bears, gray wolves, Pacific fishers, and wolverines, but all are regionally ex-

tinct (Noss and Cooperrider 1994). This ambitious e¤ort resulted in a plan that

designated 50% of the region as protected at some level, which was estimated by

Noss (1992) as the amount needed in any region to restore and maintain biolog-

ical diversity.

Ongoing regional e¤orts associated with the Wildlands project include the

Southern Rockies Ecosystem Project (SREP), which calls for the restoration and

connection of a conservation network that extends from southern Wyoming to

northern New Mexico, a distance of approximately 500 miles (Southern Rockies

Ecosystem Project 2004). Within this ecoregion, SREP scientists assessed ecosys-

tem health and integrity by mapping historic and current human settlements

and land uses; the diversity of plants, animals and natural communities; terres-

trial, riparian, and aquatic ecosystems; and protected areas. Combining these

maps showed the areas of greatest threat as well as those having the potential for

restoration. This assessment provided a baseline for exploring two strategies for

conservation within this region: the establishment of a biologically comprehen-

sive reserve system for the region, including existing protected areas, and the use

of ecosystem management principles, such as prescribed fire, that can help re-

store these ecosystems to a range of conditions consistent with their evolutionary

history.

Interdisciplinary Approaches

To call the following examples interdisciplinary implies that the approaches al-

ready discussed were not, but that is not quite accurate. The beginning of this

chapter noted that the disciplinary boundaries of many ecological planning ac-

tivities were blurry, and that the approaches fell along a continuum. All of the

projects discussed so far contain some elements of ecology and planning. But the

following examples illustrate endeavors to explicitly join e¤orts across disciplines

to create ecologically meaningful plans. The first example relates to the design

and construction of transportation infrastructure, primarily roads. The second

explores conservation development as a strategy for reducing the loss of biodi-

versity and ecosystem services in rural landscapes that are undergoing residen-

tial development. The third integrates projections of shifts in the distribution of

e c o l o g i c a l  p l a n n i n g 267



human households in southwestern China with the availability of forests for gi-

ant pandas.

It is estimated that one million vertebrates are killed on roads in the United

States every day (Forman and Alexander 1998). This is an astounding number,

even though many of these animals may be small, abundant species whose pop-

ulations are not severely a¤ected by mortality due to road kill. But the sheer mag-

nitude and extent of this phenomenon suggests that road ecology is a fundamen-

tal aspect of ecological planning (Forman et al. 2003). Roads are not only routes

for fast-moving cars that can collide with animals, but they may also disrupt the

breeding behavior of nearby animals, serve as barriers to animal movement, re-

duce habitat area, fragment the landscape, act as corridors for movements of ex-

otic species, and change water flows (Forman and Alexander 1998, Forman et al.

2003). And all of these issues relate to the ecological consequences of habitat loss

and fragmentation that have been discussed in this book.

The disruption of animal movement is one aspect of roads that has been the

subject of creative collaboration between ecologists and transportation planners.

Because roads may e¤ectively cut o¤ animals’ access to particular areas, many

road corridors now have built-in wildlife passages, including culverts, under-

passes, and overpasses, to secure animal movement across roads (Forman 2004).

These wildlife structures have been constructed in Europe, North America, and

Australia; recently, in China, railway bridges and wildlife passages were con-

structed to allow the passage of the highly endangered Tibetan antelope across

the Qinghai–Tibet railway (Xia and Yang 2007). The location of these features, as

well as their design, may influence their use by animals. Clevenger and Waltho

(2005) evaluated whether underpasses and overpasses constructed along high-

ways in Ban¤ National Park, Alberta, Canada, facilitated the movement of wide-

ranging large carnivores and studied which features of the structures influenced

their use. They used both track stations and infrared cameras to record the use of

crossing structures by wildlife over a three-year period. Their analyses showed

that the structural features of underpasses and overpasses strongly influenced

their use; crossing structures that were relatively short, wide, and high tended to

be used by grizzly bears, wolves, elk, and deer, whereas longer, narrow passages

were used by black bear and cougars (Clevenger and Waltho 2005). The authors

concluded that, given the di¤erences in species’ responses to crossing structures,

future road construction projects should include a diversity of wildlife passages

to facilitate movement. Transportation planning with wildlife in mind is an ex-

citing area of research and implementation, combining a knowledge of engi-
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neering with ecological studies of animal movement behavior and the animals’

responses to habitat loss and fragmentation.

Ideas about improving the conservation value of residential landscapes inte-

grate landscape architecture and planning with ecology and conservation (Arendt

1996; Dramstad, Olson, and Forman 1996), and these ideas partly contribute to

the philosophical principles of what Krieger (1991) and others have termed new

urbanism. These principles generally apply to urban or suburban landscapes

with relatively high-density residential development and a relatively low potential

for contributing to broad-scale conservation. Recent trends in residential devel-

opment in the United States and elsewhere, however, involve the conversion of

rural landscapes into low-density residential development, sometimes called ex-

urban development or rural sprawl (Theobald, Miller, and Hobbs 1997; Theobald

2004). Because this type of development often involves habitat loss and the frag-

mentation of otherwise relatively undisturbed lands, it has a substantial potential

to severely reduce biodiversity and ecosystem services (Pejchar et al. 2007).

Given that many current patterns of exurban development are ecologically

harmful, collaborative e¤orts to motivate landowners or municipalities toward

less-damaging spatial patterns of development could contribute substantially to

conservation goals. An interdisciplinary team of researchers at Stanford Univer-

sity examined biophysical, economic, and institutional opportunities and con-

straints, seeking to implement exurban development that is more compatible

with conservation (Pejchar et al. 2007). As they envision it, “conservation devel-

opment is a potential but rarely realized development strategy that integrates

conservation of biodiversity and ecosystem services with development” (p. 71).

Conventional patterns of exurban development typically do not consider a prop-

erty’s conservation values when designing development plans, but conservation

development does prioritize the ecological values of a site, in order to promote

development that is compatible with the protection of biodiversity and ecosystem

services.

Biophysical considerations in development include manipulating site selec-

tion, housing density, and land management to determine which conditions pro-

duce larger or smaller amounts of ecological harm. Land management, for ex-

ample, a¤ected grasshopper abundance in an exurban landscape in southern

Arizona significantly; abundance was higher where homeowners kept a few live-

stock than for homes without livestock (Bock, Jones, and Bock 2006). Economic

analyses showed that conservation development can be, but not always is, more

beneficial economically to developers than conventional development. For exam-
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ple, in conservation developments, residents typically have broader views of open

space, so individual houses have a higher property value than those in conven-

tional developments, a factor that could compensate for lost revenue from the

sale of fewer houses (Pejchar et al. 2007). But there can be institutional impedi-

ments, since conservation development in some instances may require the de-

veloper to obtain variances to zoning regulations, which may greatly impede the

development process and e¤ectively provide disincentives for the developer. The

authors noted that because large amounts of land are undergoing exurban de-

velopment, formal strategies should be pursued to encourage developments that

support biodiversity and ecosystem services while providing benefits to human

communities.

The footprint of residential development continues to expand via exurban

growth, and in some cases directly threatens the persistence of wildlife within ad-

jacent nature reserves. For example, in southwestern China, the rapid increase in

the number of human households adjacent to the Wolong Nature Reserve (the

largest remaining protected area for giant pandas) jeopardizes the quality of suit-

able forests for this critically endangered species (Liu et al. 2001; Linderman et

al. 2005; Viña et al. 2007). Liu and colleagues have constructed simulation mod-

els that integrate human demography, resource use, and the distribution and

abundance of forests used by giant pandas to project the ecological consequences

of alternative land-use-change scenarios (Linderman et al. 2005). The results pro-

vide useful guidelines for decision-making in this region. For example, one of the

clearest outcomes of their model projections was that increased fuel-wood con-

sumption by local communities inside the reserve degrades forest areas for the

pandas, so the implementation of alternative fuel sources (other than wood) is

likely to be especially beneficial for maintaining intact forests for these animals

(fig. 11.3).

synthesis

Ecological planning encompasses a wide variety of activities that emanate from

the fields of landscape planning and conservation biology. Traditionally, biolo-

gists’ expertise was useful for identifying areas of particularly high value for bio-

diversity, and planners were able to integrate biological information with other

types of data on social needs and desires—such as areas suitable for housing and

transportation infrastructure—to determine the spatial locations and features of

human interventions. Disparate methods have given way to more interdiscipli-

nary, comprehensive approaches in recent years, ones that fully integrate human
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Figure 11.3. Top: A giant panda (Ailuropoda melanoleuca) at the captive breeding center 

in Wolong Nature Reserve, Yunnan Province, China. Bottom: A pile of fuel wood at a

household in Wolong Nature Reserve. Photos by S. K. Collinge.



well-being with the protection of biodiversity. Planning generally occurs at rela-

tively broad spatial scales, which makes sense given the magnitude and time

frame of proposed actions. But because landscape change occurs one parcel at a

time, each of our individual actions are also worthy of attention, since they col-

lectively influence the patterns and outcomes of such changes.

Because human beings are ultimately dependent on nature for survival, eco-

logical planning schemes that simultaneously preserve biodiversity, provide

ecosystem services, and promote human well-being are the ones that will be the

most successful. The many diverse approaches to ecological planning considered

here attend to significant aspects of biological and human needs. All of these ap-

proaches involve long-term plans and actions, so it is too early to tell whether

their intended benefits will be realized. But our scientific understanding of the

consequences of landscape change for ecological systems is vast, and we can cre-

atively use this storehouse of knowledge to guide our e¤orts. Ewers and Didham

(2006) pointed out that in many landscapes, reserve networks are not yet estab-

lished, so we still have the opportunity to act on what we know about species’ re-

sponses to habitat loss and fragmentation to do e¤ective conservation planning.

And Nassauer (2006) asserted that conservation biology and landscape planning

would benefit by building closer relationships, as both fields need to think more

broadly about the full array of landscapes in which humans and other species re-

side. She advocated that we “creatively examin[e] other land uses, near and far

from reserves, as well as other plausible landscape matrix futures” (p. 678) to ac-

complish the goals of maintaining biodiversity and human well-being.
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Some Final Thoughts

The care of the Earth is our most ancient and most worthy

and, after all, our most pleasing responsibility. To cherish

what remains of it, and to foster its renewal, is our only

hope.

—Wendell Berry (1977)

Modern humans have extensively altered the surface of the Earth. Human ac-

tions—whether taken to cultivate food, or build roads, dwellings, and dams, or

gather fuel and fiber—have left a visible legacy in the scattered remnants of na-

tive ecosystems. As the research summarized in this book illustrates, this kind of

landscape alteration generally disrupts ecological systems to the point where bi-

ological diversity and ecosystem functions are greatly diminished. Although

there will always be more that we can learn about the ecological consequences of

habitat loss and fragmentation, the main motivation for writing this synthesis

was to summarize our current knowledge so that students and practitioners

could work toward successful e¤orts to protect and re-assemble natural ecosys-

tems. The present brief chapter highlights key concepts learned from this body

of research, suggests some promising future research directions, and describes

a few examples where research results have been applied toward conservation 

efforts.



key concepts

The conclusion of each of the chapters in this book presented a brief synthesis of

the key concepts and findings relevant to the particular topic covered in that chap-

ter. Rather than reiterating each of those conclusions, this précis instead notes

five major findings that are worthy of special recognition. First, it is clear from

observations and models of landscape change that there are a variety of spatial

patterns and processes of landscape transformation, and each of these may pose

particular consequences for individuals, species, communities, and ecosystems.

For example, the discussion in the first few chapters regarding definitions of

habitat loss versus fragmentation (or subdivision) highlights the necessity of ac-

curately describing the processes of landscape change. This discussion is crucial,

not only because scientists should strive to be precise in their inferences from re-

search findings, but also because the interventions that society chooses to im-

plement—such as providing corridors between habitat patches or increasing the

area of such patches—are based on those research conclusions, and the suc-

cesses or failures of those actions are likely to depend to a significant extent on

whether the ecological consequences of landscape change are primarily due to

the loss or fragmentation of habitat.

A second major finding from this field of study is that landscape change can

and does a¤ect species interactions significantly. Because species are intimately

linked to one another in complex interaction webs via competition, predation,

parasitism, and mutualisms, shifts in the abundance of particular players in

these roles may result in cascading e¤ects on other species. Some of these inter-

actions may become stronger and others weaker, depending on changes in re-

source distribution and the abundance of interacting species. In particular, re-

cent work on parasites and pathogens in relation to human-induced landscape

changes clearly shows the ecological relevance of such shifts, even to the point of

increasing the human risk of exposure to harmful parasites and pathogens.

Third, the construction of models of ecological reality has been especially use-

ful in our understanding of fragmented landscapes, since, in many cases, field

experiments are impossible, unethical, or harmful to species and ecosystems.

Models can help clarify what the outcomes of particular landscape changes are

likely to be, given specific assumptions about species’ responses to those changes.

Moreover, simulation models are quite helpful when they project alternative sce-

narios of land use change and estimate the ecological consequences of each sce-

nario. These kinds of analyses assist decision-makers in arriving at more in-

formed choices regarding the likely outcomes of particular policies pertaining to
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land or resource use, such as zoning, harvest quotas, or habitat mitigation re-

quirements.

Fourth, ecological restoration and conservation planning provide a wide vari-

ety of promising approaches to repair or mitigate the damage to ecosystems

caused by habitat loss and fragmentation. However, in designing restoration

projects for declining populations or species, it may be necessary to first examine

the assumption that restoration is likely to increase population sizes (e.g., see

Schrott, With, and King 2005). The spatial arrangement of restored habitat does

appear to matter in some contexts. This suggests that, at least in some cases,

there is symmetry between expectations of species’ responses to habitat loss and

fragmentation versus predictions of their responses to habitat restoration.

Lastly, a fifth major finding that is worthy of a more detailed discussion is that

landscape change alters the delivery of ecosystem services, sometimes in unex-

pected ways. Most research to date on the ecology of fragmented landscapes has

focused primarily on the consequences for biodiversity—on genes, populations,

communities, and ecosystems. But there are vital links between changes in di-

versity at each of these levels and the delivery of ecosystem services. A meaning-

ful next step would be to develop a fuller understanding of the relationship be-

tween landscape pattern and ecological services. For example, the discussion of

landscape context in chapter 5 gives rise to some pertinent questions in this 

regard. How does habitat spatial configuration contribute to the maintenance 

of water quality and quantity? And, in turn, can spatial patterns of ecological

restoration positively influence water quality and quantity?

One of the most famous examples of the water filtration properties of natural

landscapes comes from the New York City watershed, which provides clean

drinking water to that city’s millions of residents, largely through the acquisition

and protection of forested land in the upper reaches of the watershed (reviewed

in Daily and Ellison 2002). Instead of building a new and vastly expensive water

filtration plant, city oªcials elected to purchase and protect land in the watershed

from degradation, thereby ensuring the high quality of New York City’s water

supply. From this project the question arises, Would a thoughtful design of the

spatial configuration of these protected lands enhance the provisioning of this vi-

tal ecosystem service? Based on what we know about land use and water quality,

the answer is probably yes, given that research on landscape context has empha-

sized how the spatial arrangement of particular land uses may influence ecolog-

ical processes, including the flow of nutrients and pollutants into surface water

bodies (e.g., Soranno et al. 1996; Canham et al. 2004).

Such attention to these sorts of questions will allow us to expand our knowl-

s o m e  f i n a l  t h o u g h t s 275



edge of the e¤ects of habitat spatial configuration on biodiversity to include its in-

fluences on the delivery of ecosystem services. Some innovative examples of this

type of research e¤ort are described below.

promising research directions

In the past few years, several international conservation organizations have ex-

plicitly expanded their conservation campaigns to include the notion that pro-

tecting nature is essential to human well-being, because nature provides vital

ecosystem services on which all life depends. Intact ecosystems harbor high bio-

logical diversity, and they are also better able to provide services such as carbon

sequestration, flood control, water filtration, and crop pollination. Recent research

e¤orts to support this mission have included (1) identifying and mapping the

spatial locations of particular ecosystem services at scales ranging from local

(Naidoo and Ricketts 2006) to global (W. Turner et al. 2007), (2) superimposing

maps of ecosystem services with maps of biodiversity to examine their regions of

overlap (W. Turner et al. 2007), and (3) investigating landscape spatial configura-

tions that enhance the provisioning of ecosystem services (Ricketts, Williams,

and Mayfield 2006; Kremen et al. 2007).

Most relevant to the topic of this book are e¤orts to clarify the influence of

landscape spatial configuration on the delivery of ecosystem services. As an ex-

ample, Ricketts, Williams, and Mayfield (2006) reviewed three case studies of

agroecosystems where the pollination of a particular crop plant—in these in-

stances, co¤ee, watermelon, and kiwi—was enhanced by the presence of native

habitat adjacent to agricultural fields. The native habitat provided nesting re-

sources for pollinators (native bees), and the agricultural fields provided foraging

habitat. The authors argued that structural connectivity (in this case, the distance

of forest remnants to foraging resources) had a significant e¤ect on the delivery

of this critical ecosystem service. They also emphasized that connectivity among

different habitat types may a¤ect ecosystem services such as pollination signifi-

cantly. But this review also noted two examples where proximity to native habitat

did not influence pollination, so clearly more research needs to be done in order

to evaluate the conditions under which this phenomenon is likely to occur. For

example, it is likely that landscape connectivity positively a¤ects other services

that involve species interactions, such as seed dispersal, although there are not

many studies as of yet with data to provide supporting evidence.

In a comprehensive study of the e¤ects of land use change on co¤ee produc-

tion, Priess et al. (2007) highlighted “the limited availability of empirical data that
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quantify the relationship between land use patterns and ecosystem services”

(p. 407). Their study used spatially explicit models to evaluate four simulated land

use scenarios for an agricultural landscape in Sulawesi, Indonesia, where the

main crop was co¤ee and the ecosystem service was the pollination of this crop.

The scenarios projected changes in both total forest cover and the spatial distri-

bution of forest, which provides critical habitat for the insects that pollinate cof-

fee. They calculated the economic value of retaining forests as pollinator habitat

and showed that the retention of forest patches clearly positively influenced eco-

nomic returns from co¤ee production.

A recent comprehensive review of research projects focused on pollination

and landscape connectivity found results from sixteen di¤erent crop species on

five continents (Ricketts et al. 2008). Taken together, these studies showed that

pollinator species richness and visitation to crop plants generally tend to decline

with the distance from native habitat, especially in tropical ecosystems. But the

impacts of reduced pollinator visitation on seed and fruit set were less clear. Fur-

ther study of the links between landscape spatial configuration, crop pollination,

and economic returns should prove quite beneficial in informing the discussion

of the best way(s) to maintain this critical ecosystem service in highly modified

landscapes.

A second promising research direction for students and scholars of frag-

mented landscapes is to quantify the e¤ects of habitat degradation, in addition to

habitat loss and fragmentation, on biodiversity and ecosystem services. With no-

table exceptions, most investigators have treated the landscape as binary—either

a location is suitable habitat for a species, or it is not. The emphasis on fragment

size and isolation has meant that most researchers have considered habitat frag-

ments to be more or less equal, except for their area and connectivity. But we

know that this is a simplification, and that much of the variation in species’ re-

sponses to landscape alteration may come from subtle changes in the quality of

the fragments. The e¤ects of habitat quality on population dynamics were for-

malized in the concept of source-sink dynamics (Pulliam 1988; With and King

2001), but demographic rates are not often measured across di¤erent fragments

or landscapes. In a powerful illustration of this concept, Doak (1995) modeled 

the population dynamics of grizzly bears in Yellowstone National Park and con-

cluded that subtle changes in habitat quality could have dramatic consequences

for these dynamics. Additionally, land use or management practices in areas ad-

jacent to habitat remnants may strongly influence individuals, populations, com-

munities, and ecosystem processes (reviewed in chapter 5). For example, the sim-

ulation model results of Fahrig (2001) showed that management of the matrix
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was the most promising avenue for enhancing population survival in fragmented

landscapes.

Third, there are still numerous opportunities for creative interdisciplinary re-

search that integrates scientific knowledge with policies and economic incentives

that will motivate desired actions regarding land use change at many spatial

scales. Many of the conservation planning activities reviewed here inform deci-

sions taken by large government agencies or conservation organizations, but

they do not necessarily stimulate responses by private industry or individual

property holders. So in addition to these broad-scale e¤orts, there is room for cre-

ative solutions that will provide incentives and information for stakeholders

ranging from private homeowners to large landowners, and from small busi-

nesses to large multinational corporations. For example, research by Liu and col-

leagues in the forests of southwestern China suggests a need for alternative 

fuels to maintain human livelihoods and yet protect habitat for pandas. This 

information, combined with incentives for households to switch fuel sources,

will be meaningful at the local scale and will also help to protect an animal

species that is adored around the world. There is an increasing need to raise

awareness at each level—from local to global—of the consequences of particular

land use actions that restore rather than degrade biodiversity and ecosystem 

services.

incorporating results with action

Given all of the studies on the ecology of fragmented landscapes, we should ask

whether this knowledge has been successfully implemented into conservation

action. There are clearly examples where scientific findings from this field of

study have been usefully incorporated into meaningful activities. For example,

the general concepts about maintaining large, well-connected areas of native

habitat have made their way into conservation plans at local, regional, national,

and international levels. But, as noted in the discussions of animal and plant

movement (see chapter 7), the concept of landscape connectivity goes beyond

structural links among habitat fragments. This broader view of connectivity has

not been fully appreciated and implemented—probably because it is much more

diªcult, often requiring specific, detailed studies of animal movement, with

models of that movement then being added into complex spatial mapping exer-

cises (e.g., Theobald 2006).

In the context of ecological restoration, few projects have included perspec-

tives from studies of landscape spatial configuration. There are noteworthy 
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exceptions, however. For example, Schultz and Crone’s (2005) studies of the

Fender’s blue butterfly in Oregon have integrated field observations with mathe-

matical models to make explicit recommendations regarding patches of prairie

habitat to be acquired and restored.

Clearly there are many opportunities to meaningfully incorporate what has

been a few decades of scientific research on fragmented landscapes into actions

that will stem the tide of biodiversity losses and the degradation of ecosystem ser-

vices. My hope is that those who read this book will find knowledge and motiva-

tion that will then inspire action. Pick your favorite region or locale, or your fa-

vorite part of this field of study, and take a step toward meaningful change, even

though it may seem small or insignificant. When she was in her mid-80s, my

grandmother planted fruit and nut trees on her Kansas farm, knowing she would

never taste their products. It is that kind of hopeful, forward-thinking act—to en-

sure Earth’s viability—that must propel us forward.
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Errata

p. 90, figure 4.4: the double squares above the bars in parts (a), (c), and (d) should

read “NS.”

p. 145, figure 7.1: the y-axis label should read “Probability of species interaction”;

the x-axis label should read “Population abundance or density.”

p. 148, figure 7.2: the part (b) x-axis label should read “L. paralienus nest density

(residuals).”

p. 231, figure 10.3: the y-axis label should read “Relative species diversity, SR/SA”;

the x-axis label should read “Proportion ancient forest, PA.”
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